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The alpine newt Ichthyosaura alpestris has achieved a widespread distribution as a non-native (alien) species in Britain since its initial introduction over a century ago, but the patterns of its release and subsequent dispersal have never yet been collectively analysed. We employed a multi-disciplinary combination of methods, using geographic profiling to estimate the likely number and locations of introductions, and mitochondrial DNA polymorphisms to investigate the likely geographic source of primary introductions, including the potential role of the pet trade. In parallel we used population genetic analysis and coalescence-based modelling to infer the demographics and directionality of dispersal from founding populations. Our results show that alpine newts have been released at multiple sites. We found a close resemblance between patterns of mtDNA haplotypes in the pet trade and those of established alpine newt populations, suggesting a relationship between trade, releases, and dispersal. Results from demographic modelling using Approximate Bayesian Computation are also consistent with multiple independent introductions with limited local dispersal, and additionally suggest that releases may occur from intermediate sources, such as captive populations. Our results support the hypothesis that deliberate human activity is largely responsible for both introductions of alpine newts into the UK and their wider dispersal post-introduction. The likely involvement of the international pet trade highlights the risk that ongoing releases of I. alpestris may expose native species to pathogens, whether pre-existing or novel.
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Introduction

Alien invasive species are considered one of the pre-eminent threats to agriculture, fisheries and horticulture, as well as to biodiversity (Wilcove et al., 1998; Mack et al., 2000; Gurevitch and Padilla, 2004). Invasions are at an all-time high (Hulm, 2009; Seebens et al., 2017; Pyšek et al., 2020), showing no sign of slowing as the number of first records of established alien species world-wide continues to increase (Seebens et al., 2017). This has generated an unprecedented “mass invasion event” (Ricciardi, 2007), on a background of increasing globalisation (Amano et al., 2016; Capinha et al., 2017; Hulme, 2021). Legislation and strategies designed to reduce the impact of invasive alien species have been primarily focused on the prevention of introductions across international borders, with early control of introduced alien species (Miller et al., 2006). Control measures for alien species that have already achieved widespread national distributions present logistic and financial challenges (Leung et al., 2002; Renault et al., 2021).

The term alien encompasses all species subsisting outside their native range as the result of human activity (IUCN Guidelines, 2000; CBD Secretariat, 2002). To be further categorized as invasive, the species must have expanded significantly beyond the site of introduction (Valéry et al., 2008; Blackburn et al., 2011), or have a negative impact in its non-native range (IUCN Guidelines, 2000; CBD Secretariat, 2002). However, only a small proportion of alien species show unequivocal progression along the continuum from introduction to invasion (Williamson and Fitter, 1996; Blackburn et al., 2011; Chapple et al., 2012; Daly et al., 2023). This may be context-dependent; a species may be invasive in some non-native settings, but not in others. The factors underlying such differences may provide insight into routes and processes of invasion (Zenni and Nuñez, 2013). Anthropogenic factors may continue to influence range expansion even after an introduction has become established (Ewart et al., 2019). The invasive cane toad (Rhinella marinus) in Australia (Lever, 2001) exploits roads to achieve rapid range expansion (Seabrook and Dettmann, 1996; Brown et al., 2006). Widespread distribution may also arise from repeated introductions, as well as by post-introduction translocation; the discontinuous distribution of the invasive alien North American bullfrog (Lithobates catesbeianus) in southwest France was likely facilitated through translocations by humans (Ficetola et al., 2007).

In this study, we investigate pathways of introduction and dispersal of the alpine newt Ichthyosaura alpestris (formerly Triturus or Mesotriton alpestris) in the UK. I. alpestris is one of the most broadly distributed amphibians in mainland Europe (Sillero et al., 2014; Speybroeck et al., 2020). It does not occur naturally in the UK, where it has long been held in private collections, often as an exotic pond ornamental (Lever, 1977). The oldest documented self-sustaining non-captive population of I. alpestris in England dates to the 1920s, in a garden neighbouring an aquatic nursery (Lever, 1977). Since then, breeding colonies of alpine newts have been recorded at multiple locations (Bell and Bell, 1995; Beebee, 2007; Bond and Haycock, 2008; Wilkinson, 2016). Where the source is known, these have often followed the deliberate or accidental release of newts from captivity. Despite this century-long history of colonisation, a detrimental impact on native biodiversity has not been demonstrated, and I. alpestris is not currently considered invasive in the UK (Roy et al., 2014).

We use geographic profiling (geoprofiling) to estimate the likely number and locations of introductions or translocations of I. alpestris at a national scale, based on records of sightings and ecological surveys. This method, which uses the geographical distribution of known occurrences to infer likely sources (Le Comber and Stevenson, 2012), has previously been applied to investigate the origin and spread of other alien species, including invasive algae Caulerpa species (Papini et al., 2013), a fruit fly pest Drosophila suzukii (Cini et al., 2014), and a geophyte plant Oxalis pes-caprae (Papini et al., 2017). To investigate the provenance of primary introductions, including the potential role of the pet trade, we study geographical patterns of mitochondrial DNA (mtDNA) polymorphisms. In parallel we use microsatellite markers for population genetic analysis and coalescence-based modelling with approximate Bayesian computation (ABC), to infer the demographics and directionality of dispersal from founding populations.

We interpret our findings in comparison with other examples of the introduction of I. alpestris outside its native range with differing invasion outcomes (Zenni and Nuñez, 2013), to address the question of why I. alpestris is not invasive in the UK, despite its long-standing naturalisation and widespread distribution, and whether there are conditions under which this situation might change. We underscore the need for an understanding of the ecology of alien species, especially relating to movement and dispersal (Simberloff, 2003; Wilson et al., 2009; Pittman et al., 2014; Cayuela et al., 2020) in addressing these questions. This approach can help to predict the trajectory of an already established non-native species, and potentially inform management decisions that encompass the human contribution to different components of the invasion process.





Materials and methods




Geographic profiling




Overview

We used geographic profiling to estimate the number of spatial clusters associated with I. alpestris in the UK, based on point-pattern data of observations of adult newts. We applied the Dirichlet-Process-Mixture (DPM) model which allows identification of multiple sources, originally developed by Verity et al. (2014), and extended by Faulkner et al. (2016). In brief, in the first step, the model allocates each location to one of a finite number of assumed known source locations, based on distance. This generates clusters of observations allocated to the same source which are then used to re-estimate the central location of the potential sources. The original allocations are discarded, and each datapoint is allocated to the re-estimated source locations in a repeat of the first step. The Markov chain Monte Carlo (MCMC) method is used to alternate between these steps until convergence, assessed by the Gelman-Rubin method (Gelman et al., 2004). The posterior distribution of source locations is then used to produce the geoprofile, a ranked probability surface overlaid on the map of the study area. The higher the location on the surface, the more likely it is to be a point of introduction. Dispersal distance is defined in the model by the parameter sigma, representing the standard deviation of the bivariate normal distribution that makes up each cluster. Sigma describes the dispersal distance from a central source, where 39% of the data is expected to be seen within one standard deviation of a point of introduction, 87% within two and 99% within three (Faulkner et al., 2016).





Spatial dataset

We used a dataset of 84 spatial records of unique sighting locations, dating from the 1920s to 2016. These were based on data compiled for the GB Non-Native Species Secretariat, which showed adult alpine newts to be established at more than 40 sites in mainland UK (Wilkinson, 2016). We augmented these data with additional records, notified by experienced ecological recorders or published in an ecological report or survey. The dataset is provided in Supplementary Material. Precise location details are withheld to protect privacy of sites, as many are related to private property.





Method detail

We implemented the DPM model in R (R Core Team, 2014) using a modification of Rgeoprofile (https://github.com/bobverity/Rgeoprofile) (Verity et al., 2014). We set the number of burn-in iterations to 10,000, sampling iterations to 500,000, and the number of MCMC chains to five, allowing sigma to be fitted by the model. Further details of model settings are as in Verity et al. (2014). To test the model’s performance, we assessed its efficiency in identifying known points of human-mediated introduction in three regions, Canterbury, Edinburgh and Leeds. In brief, the test for search efficiency in finding known points of introduction is obtained through a source’s hit score percentage, a metric which is calculated by dividing the area searched before finding the source by the total search area. A smaller hit score thus signifies a more efficient search.






Survey of mtDNA haplotypes




Sampling strategy

Adult newts were collected from 8 field sites in 5 regions spanning mainland UK (Table 1; Figure 1). Sampling locations were not identical to datapoints of the geoprofiling dataset. For some sites there was pre-existing information on I. alpestris introductions, for others the origin of the newts was unknown. To investigate the amphibian pet trade as a potential source, we purchased captive-bred newts from a UK-based exotic pet shop, and from a UK online site trading in amphibian and reptilian exotics. Full location details are withheld to protect the privacy of sites and retail outlets. Under the Wildlife and Countryside Act (1981) it is illegal to release alpine newts into the wild in the UK. Newts sourced from UK field locations and retail outlets were therefore euthanized in accordance with current regulations [Animals (Scientific Procedures) Act 1986 Amendment Regulations (2012)]. Euthanized newts and tissue samples were preserved in 100% ethanol. To enrich the phylogenetic representation of I. alpestris from its native range in North-Western Europe, tissue specimens from newts captured in the wild in Belgium, France, Switzerland and The Netherlands, were generously provided by colleagues listed in Acknowledgements.


Table 1 | Origin of samples for mtDNA phylogeography study.






Figure 1 | Survey of I. alpestris mtDNA haplotypes in the UK. (A) Phylogeographic relationships of I. alpestris in the UK. Outline phylogenetic tree based on clades described in Sotiropoulos et al. (2007). Haplotypes identified in the UK-wide study are shown next to the likely clade of origin. For Edinburgh samples, where only cytb sequences were obtained, the broad clade of likely origin is indicated (pink). (B) Association between mtDNA haplotypes and I. alpestris subspecies. Table showing the geographic range of the different haplotypes within the native range of I. alpestris, and the subspecies associated with the clades represented in the UK populations and pet trade samples (Sotiropoulos et al., 2007). (C) Distribution of mtDNA haplotypes within UK. Pie charts illustrating the broad geographical distribution of mtDNA haplotypes across the UK, using the same colour scheme as (A). Numbering for field study sites as in Table 1. Pies for microsatellite study regions are stippled. Inset: results for the relative proportions of haplotypes across the UK field study sites, and pet trade samples. Haplotype H1d was not found in any of the UK or pet trade samples.







Laboratory methods

We extracted DNA from 3 mm toe or tail clips using a DNeasy Blood and Tissue Kit (Qiagen). We amplified mtDNA 16S RNA using primers 16Sar and 16Sbr from Palumbi et al. (1991), and cytochrome b (cytb) using primers L14841 and H15149 from Kocher et al. (1989), loci selected for homology with a phylogeographic study of I. alpestris in Europe reported by Sotiropoulos et al. (2007). DNA was amplified in HotStarTaq Plus or TypeIt Mastermix (Qiagen), with 5μmol/L forward and reverse primer, with 30-40 cycles of 94°C 30 sec, 57°C 90 sec, 72°C 90 sec, final extension 72°C 10 min. Sanger sequencing in each orientation was done by GATC Biotech (Zurich) or Beckman Coulter Genomics, using the PCR primers.





Phylogenetic analysis

We aligned merged forward and reverse sequences from study samples with homologous I. alpestris sequences accessed from GenBank (Benson et al., 2013), derived from Sotiropoulos et al. (2007), using ClustalW in MEGA 6.0 (Tamura et al., 2013), trimming ends by eye. Trimmed consensus 16S and cytb sequences were concatenated using R v3.1 (R Core Team, 2014) to generate a final 708 bp 16S/cytb sequence. To construct a phylogenetic tree, we aligned concatenated sequences from the UK field study, captive bred newts, and the additional European samples, with published homologous I. alpestris sequences (Sotiropoulos et al., 2007). We used this alignment to construct a maximum likelihood phylogenetic tree in MEGA 6.0, with 10,000 bootstraps, using the Kimura 2-parameter model (Kimura, 1980), identified in MEGA as the most appropriate nucleotide substitution model. Homologous sequences from Triturus vittatus were included as an outgroup.






Microsatellite genetic markers




Sampling strategy

To investigate local patterns of introduction and spread, we sampled more intensively at three locations, which differed with respect to the area covered, the type of landscape and the likely time since introduction. In two of the regions in our study, Cornwall and Wales, the samples we used for genetic analysis had already been collected from ponds in ecological surveys. We adopted a similar sampling strategy for the Edinburgh (Scotland) sites for consistency. A breeding pond may be considered a panmictic unit in the population genetics of newts (Jehle et al., 2005), facilitating coalescence modeling of demographic history, genetic differentiation between populations, and estimation of intrapopulation genetic diversity, although limiting the application of spatial genetic tests (Prunier et al., 2013). In addition, this approach allows comparison with published studies on newts, in which pond-based sampling is frequently used. In Edinburgh (Scotland), the sites were in urban landscape over an area of approximately 100km2, with inter-pond distances ranging from 30m to ~15km, including one pond on a golf course, one pool in a disused quarry, and two closely situated ponds in parkland. Newts were captured specifically for this study, from the same series of ponds as in the geographic profiling study. Alpine newts are known to have been released from superfluous breeding stock at the local university in the 1950s–1970s, predating legislation against release into the wild. In Cornwall (England) the sites comprised three garden ponds, separated by <1km, in an area where alpine newts are known locally to have been present for 3–30 years, and a fourth natural pond ~13km distant across mixed urban and rural landscape, where newts were first reported in 2015. In Ceredigion (Wales) the sites comprised three closely situated semi-rural ponds, where the presence of alpine newts was first noted in 2014. The sites in Cornwall and Wales were not identical to those sampled for the mtDNA study. Details of each location are summarised in Table 2, with maps in Figure 2.


Table 2 | Details of case study locations for investigation of local patterns of introduction and spread.






Figure 2 | Maps and genetic differentiation between sites in microsatellite study locations [(A) Edinburgh, (B) Cornwall, (C) Wales].  (a) Map of study locations showing relative positions of study sites.  Note the scale differs between the study locations and inset maps. (b) STRUCTURE bar charts showing proportional membership coefficients of individuals to each of the inferred clusters, grouped according to their study population.  Each colour represents a different cluster. Edinburgh:  samples show differentiation between MGC and the other sites, but lack of differentiation between CPQ, HPA and HPB (K=3).  When MGC and CPQ are analysed separately there is clear differentiation (K=2).  When MGC, HPA and HPB are analysed together, there is no differentiation (K=3) Cornwall: there is differentiation between DUL and the other sites, but no clear pattern between the LE, LC and LW sites (K=2). Wales: no differentiation between sites. Samples from Edinburgh used as PCR cross-location controls are included in analysis (ED) (K=2). (c) DAPC scatterplots showing individuals and inertia ellipses according to their sampling site.  Patterns of differentiation are consistent with STRUCTURE results. (d) Matrix of migration rates between inferred in BayesAss, showing posterior mean estimates (95% CI).  Left column shows donor site, top row shows recipient site. The diagonal cells (shaded) show inferred proportion of non-migrants.  Results are also shown for Edinburgh when data for HPA and HPB are analysed separately (lower panel), illustrating the effect of likely homoplasy on inferred migration when all sites including CPQ are analysed together (upper).  When DUL was excluded from analysis in the Cornwall location, there was no effect on the patterns of migration between the LW, LC and LE sites (not shown).







Laboratory methods

DNA extraction was as for the mtDNA study. Three sets of microsatellite primers were amplified in multiplex (CopTa1; CopTa2; CopTa4), (CopTa6; CopTa11) (Prunier et al., 2012) and (Ta1Ca1; Ta2Caga3) (Garner et al., 2003). CopTa3, CopTa8 and CopTa12 (Prunier et al., 2012) were amplified in simplex. PCR was performed in HotStarTaq Plus or Multiplex Mastermix (Qiagen), with 5μmol/L unlabelled reverse primer and 5μmol/L fluorophore-labelled forward primer (Applied Biosystems), in 40–45 cycles of 94°C 30 sec, 60°C 90 sec, 72°C 90 sec, final extension 72°C 10 min. Amplified products were resolved by capillary electrophoresis on a 3130xl Genetic Analyser (Applied Biosystems) with a LIZ-500 size standard (Applied Biosystems). Template-negative controls and replicates were included in each plate, including samples across different case study locations, to ensure consistency of results. Failed or equivocal reactions were repeated in simplex. Alleles were scored manually, using Peak Scanner 1.0 software (Applied Biosystems).





Microsatellite analysis

We analysed amplicon data in Micro-Checker v 2.2.0.3 (Van Oosterhout et al., 2004) for genotyping errors and null alleles, using Bonferroni correction, and in pegas (Paradis, 2010), implemented in R, to test for Hardy-Weinberg equilibrium, and to exclude linkage disequilibrium. We used FSTAT V2.9.3 (Goudet, 2001) to calculate summary statistics (FST, FIS, allele richness, observed and expected heterozygosity) and to compare summary statistics between regions. To estimate the current effective breeding size of the sampled populations we used a full likelihood sibship assignment method (Wang, 2009), implemented in COLONY 2.0.6.3 (Jones and Wang, 2010), assuming random mating and both male and female polygamy, with three medium runs based on a medium sibship prior, not updating allele frequency, and with assumed error rate 0.001. Confidence intervals were obtained by bootstrapping.

We used STRUCTURE V2.3.4 (Pritchard et al., 2000) to infer genetic clustering within each case study region. As sampling was unbalanced across sites, we set the initial α to 1/n, where n=number of sample locations, to improve the accuracy of individual assignments to subpopulations (Wang, 2017). We used the LOCPRIOR setting, to incorporate sampling location (Hubisz et al., 2009), a burn-in of 100,000 iterations, and 500,000 MCMC replications, for 10 independent replicate runs of K, for K=1–6. We used mean log-likelihood values for each value of K and Delta K to determine the optimal value of K at each case study location (Evanno et al., 2005). These were obtained using Structure Harvester (Earl and von Holdt, 2012), or the function evannomethodstructure in the package pophelper (Francis, 2017), implemented in R. To infer clustering, we additionally used discriminant analysis of principal components (DAPC) (Jombart et al., 2010) in adegenet version 2.0.1 (Jombart, 2008), implemented in R. This method uses multivariate analysis both to maximise variation between clusters, or subpopulations, and to minimise variation within clusters.

We used BayesAss v1.3 (Wilson and Rannala, 2003; Faubet et al., 2007) to investigate recent migration rates between populations in each region. This Bayesian approach does not assume symmetric migration rates (Beerli, 1998) and is applicable to nonstationary populations which are not in Hardy-Weinberg or genetic equilibrium (Wilson and Rannala, 2003), in contrast to FST-derived statistics (Whitlock and McCauley, 1999; Neigel, 2002; Meirmans and Hedrick, 2011). BayesAss uses multi-locus genotypes as probabilistic indicators of source populations, to produce estimates of recent or contemporary dispersal rates for each sampling site (Wilson and Rannala, 2003; Pearse and Crandall, 2004). BayesAss was run with 3 million MCMC iterations, with a burn-in of 100,000. Delta values were adjusted to ensure that 30–60% of the total changes were accepted, as recommended in the software manual. A minimum of three independent runs initialised with different starting seeds was carried out for each set to confirm concordance of posterior mean parameter estimates. 95% confidence intervals (CI) for migration rates were estimated as mean ±1.96 standard deviations.





Approximate Bayesian Computation: modelling pathways of introduction and spread

We used ABC implemented in DIYABC version 2.1.0 (Cornuet et al., 2014) to model patterns of introduction and spread in the three case study locations. The underlying process of ABC is to simulate datasets for scenarios based on observed genetic data, drawing parameters from prior distributions (Beaumont et al., 2002; Cornuet et al., 2008), informed by available biological and demographic data. The simulated datasets with summary statistics closest to those of the observed dataset are then used to identify the model scenario that best fits the data, and to infer parameters for the supported model. ABC cannot distinguish between competing models where the expected values for the summary statistics do not differ (Wakeley, 2003). We therefore adopted the approach of sequential comparison of competing scenarios to address specific questions, and then to generate a final model in which to infer posterior parameters for the model. Competing scenarios were designed to be of similar complexity, with prior distributions of equivalent breadth. We used default settings for the microsatellite mutation priors, based on the generalized stepwise model (Di Rienzo et al., 1994; Estoup et al., 2002), as there are no specific data to inform mutation parameters for I. alpestris; all loci were treated as a single group. We used the same ranges of priors for all three regions, with foundation bottleneck duration fixed at 5 generations, and founder size from 2–50. A minimum of 105 simulations was performed per scenario. Scenarios were compared using linear discriminant analysis of summary statistics with logistic regression analysis (Fagundes et al., 2007; Beaumont, 2008), to estimate posterior probabilities with 95% confidence intervals for each competing scenario (Cornuet et al., 2008). Parameters of the model scenarios were estimated from the posterior parameter distributions of the 1% simulated datasets with summary statistics closest to those of the observed dataset. Precision and bias of posterior parameters were assessed using 1000 pseudo-observed datasets with parameter values drawn from the posterior distribution for the relevant scenario. Models were evaluated for goodness of fit and potential discrepancies (Gelman et al., 2004) using the model checking function in DIYABC, with the inclusion of summary statistics not used for the original selection of simulated datasets (Cornuet et al., 2010). Further details of ABC methods including prior settings and summary statistics used for simulation and for model checking are detailed in Supplementary Material.







Results




Geoprofiling: multiple points of introduction

A total of 38 spatial clusters yielded the largest marginal likelihood for the number of realised sources in the DPM model (Figure 3), equivalent to ~45% of the 84 records in the spatial dataset having resulted from independent introductions. Hit scores of known sources in Canterbury, Edinburgh and Leeds showed that each known source was found more efficiently than by a random, uninformed search. Newt dispersal was estimated by the DPM model to be 1.08 km for the UK-wide data, and 0.78 km, 0.49 km and 1.26 km for Canterbury, Edinburgh and Leeds respectively (detailed in Supplementary Material). In each case sigma was fitted by the model with no prior constraints.




Figure 3 | Geographic profiling for UK-wide data: multiple points of introduction. (A) The top 50% of the geographic profile produced by the DPM model analysing UK-wide data points (shown in red). Areas in yellow indicate those locations most likely to contain a source of newt dispersal, indicating the existence of multiple source locations. This map was created using the Carto Light No Labels layer via QGIS.org (2021). (B) The marginal likelihood for the number of source populations, showing the greatest support for 38 spatial clusters associated with the UK-wide data. (C) Prior and posterior distributions describing newt dispersal (sigma). The mean posterior density on newt dispersal, obtained by the DPM model, was estimated to be ~1.08km.







mtDNA genetic markers: identifying putative source populations

Results are presented in Figure 1. We identified six 16S/cytb mtDNA haplotypes in a total of 68 study sequences (UK field study n=43, captive bred newts n=15, European samples n=10). The phylogenetic tree generated from an alignment including published homologous I. alpestris sequences (n=59) closely resembles that of Sotiropoulos et al. (2007), with division into Eastern and Western lineages, and the same strongly supported clades.

Four haplotypes were represented in the UK survey field site samples, associated with two distinct clades of the Western lineage of I. alpestris. The commonest haplotype, H1a, was found in 26 individuals from 6 study sites. Haplotype H1b was observed in 2 individuals, one from a northern England site, one from the south. A novel haplotype, H1c, was found in a single individual from southeast England. Haplotype H3 was found in 14 individuals from 6 study sites. Five sites had more than one haplotype (2 haplotypes at 3 study sites, 4 haplotypes at 2 sites). All six samples from the online pet shop were of haplotype H3. Three haplotypes were represented in 9 samples from the UK pet shop, most frequently H1a or H3, and a single individual with haplotype H2 (not found in any of the UK field site samples). We identified a total of two haplotypes in 10 samples from the European mainland. Six samples had the H1a haplotype (France n=1, Switzerland n=1, Netherlands n=3, Belgium n=1). Four samples from Belgium had a closely related haplotype, H1d, which was not found in any of the UK field site samples.

All individuals from the Wales and Cornwall microsatellite study sites shared the common H1a (clade C3) haplotype. The cytb sequence of all individuals from the four Edinburgh sites was consistent with a clade 3 origin. However, amplification of 16S was unsuccessful, precluding identification of the full 16S/cytb haplotype. As these clusters of sites had been sampled more intensively than the mtDNA field study sites, we did not include these results in calculations of the distribution frequency of mtDNA haplotypes.





Microsatellite genetic markers




Quality control

There was no evidence for linkage disequilibrium or allele drop out. Replicate controls gave consistent results. Micro-checker results for one locus (CopTa3) were suggestive of a null allele in the Cornwall study location. CopTa3 was therefore excluded from analysis for Cornwall, but retained for other locations, where there was no evidence for a null allele. Analysis included 45 samples from 4 sites in Edinburgh genotyped at 6 loci, 58 samples from 4 sites in Wales genotyped at 10 loci, and 70 samples from 4 sites in Cornwall genotyped at 8 loci.





Summary statistics

Summary statistics for Edinburgh, Cornwall and Wales, derived from the full range of loci for each study location, are shown in Table 3, together with published results from I. alpestris in its native range in Switzerland (Emaresi et al., 2011) and in the Iberian Peninsula (including an allochthonous population in central Spain (Peňalara) (Palomar et al., 2017). These results show high FIS values for Cornwall and Wales, indicative of inbreeding. There was lower allele richness in all three UK regions than in the Spain or Switzerland published studies, despite other indices of diversity being comparable, with the exception of possibly lower genetic diversity (HS) results in the Wales study region. However, both published studies had used microsatellite panels which were only partially overlapping with our study, thus precluding statistical comparison.


Table 3 | Summary statistics for case study locations.







Comparison between study locations

To correct for the different number of loci used between study groups and thus to allow statistical comparison, we compared UK study locations using results from the six microsatellite loci common to all three (Table 4). These confirmed significantly lower allele richness and genetic diversity (Hs), and significantly higher FIS in Wales than in Edinburgh (p< 0.01). Hs and FIS, but not allele richness, differed between Cornwall and Edinburgh (p<0.05). This confirmed that the differences between the sites were not the result of the smaller number of loci for the Edinburgh study, although the use of 6 rather than 10 loci did result in a lower value for allele richness and expected heterozygosity in the Wales sites. There was no significant difference between the Wales and Cornwall locations for any of the summary statistics.


Table 4 | Comparison of summary statistics between study locations.







Genetic differentiation within study locations

In Edinburgh (Figure 2A) STRUCTURE analysis of all four sites indicated K = 2 to be most probable (not shown) with individuals sampled from MGC assigned to one cluster and the remaining individuals to the other. MGC also separates from the other sample locations in the first axis of variation in the DAPC scatterplot. The second axis separates HPB from the other sample sites. As ABC modeling revealed the likely occurrence of homoplasy between CPQ and HPA (detailed below), STRUCTURE was rerun with exclusion of different combinations of CPQ HPA, and HPB. Differentiation between MGC and CPQ was most pronounced with the exclusion of both HPA and HPB. When CPQ was excluded, there was no evidence in STRUCTURE of differentiation between MGC, HPA and HPB. In Cornwall (Figure 2B) individuals from Duloe were genetically differentiated from the other three sites, as indicated by STRUCTURE and DAPC analysis. In Wales (Figure 2C) STRUCTURE analysis of the Welsh sampling sites indicated that K=1 best described the data, consistent with panmixia. The DAPC results similarly show that these sites cluster with a higher degree of overlap than that observed in Cornwall or Edinburgh.





Migration rates in BayesAss

Figure 2 shows inferred posterior migration rates between sampling sites for each region. For the Edinburgh sites the inferred proportion of non-migrants ranged from 0.74–0.84. The inferred migration rates between sites varied from mean 0.04 (95%CI 0–0.12) to 0.12 (0–0.26). The highest inferred migration was between CPQ and HPA. We repeated BayesAss analysis of HPA and HPB in isolation, to remove the confounding influence of likely homoplasy with CPQ. This reduced the inferred proportion of non-migrants for both HPA and HPB, with a higher level of bidirectional migration between the two sites. For the Welsh sites the proportion of non-migrants was 0.75–0.86, with a similar range of inferred migration rates. However, there was apparent asymmetry of migration, being 0.18 (0.02–0.34) from CW to CT, but only 0.05 (0–0.17) in the opposite direction, but with overlapping confidence intervals. Asymmetry was more pronounced in the Cornwall samples, in which there was a high inferred migration from LC to each of LW and LE, 0.26 (0.18–0.33) and 0.27 (0.20–0.33) respectively, with very low rates of migration in the other direction in both cases, with no overlap in confidence intervals. This was reflected in the proportion of inferred non-migrants, which was 0.95 (0.91–0.99) for LC, against 0.69 (0.66–0.74) for LW and 0.70 (0.65–0.78) for LE.





Approximate Bayesian Computation (ABC): modeling pathways of introduction and spread

We based initial comparisons on the assumption that each site in the same region originated from a common source population, and that primary introduction events were likely to have been associated with a foundation bottleneck. For sites without support for a primary foundation bottleneck, we considered the possibility of secondary spread from a site of primary introduction, or from an additional unsampled population. Details of scenarios and posterior probabilities in sequential comparisons are given in Supplementary Material. Final working models are shown in Figure 4.




Figure 4 | Supported ABC scenarios. Annotated schematic models for introduction events from ancestral and source populations, with modal values for foundation bottlenecks derived from posterior parameter distributions For the supported model in all three locations, the common source population is itself derived with a foundation bottleneck from an ancestral population. Nf: founder size (mode); Ne: effective population size with 95% CI (shown for pooled populations where model does not differentiate). (A) Edinburgh. The ABC model indicates a primary introduction to MGC from the source population, with a foundation bottleneck. HPB and an unsampled “ghost” population (pop X, shown in grey) are derived from the source population, with a common foundation bottleneck. The CPQ population is derived from the unsampled population. The HPA population is added as a dotted line; although it was not included in the comparison scenarios, additional model testing supported a common origin with HPB. relationship between sites in model may have been influenced by presence homoplasy. (B) Cornwall. The ABC model indicates two main introductions from a common source population, one to Duloe, and the other to the Lescrow cluster of ponds (LW, LC, LE). Each introduction is associated with a foundation bottleneck. (C) Wales. The ABC model indicates a primary introduction to CT from the source population, with a foundation bottleneck. CW and CH are derived from the CT population, with a common foundation bottleneck.



Edinburgh (Figure 4A): The distribution of sampling sites in Edinburgh is more scattered than the other two regions. Two ponds, HPA and HPB, are very closely adjacent, MGC and CPQ being more distant. Initial scenario comparisons generated conflicting results with respect to the relative topology of the HPA and CPQ sites, and model checking showed the Fst summary statistic between the two sites to be a consistent outlier (<0.001). This may reflect homoplasy between the sites, in which alleles may be identical by state but not by inheritance, interfering with coalescent modeling (Estoup et al., 2002). In subsequent comparisons we therefore excluded the HPA population, retaining the CPQ site, which is potentially more informative due to its more distant geographical location and higher number of samples. This resolved the problem of conflicting support for competing scenarios. There was strong support for more than one primary introduction from a common source population, one being to the MGC with a foundation bottleneck, and the other giving rise to both HPB and CPQ. There was strong support for at least one unsampled “ghost” population being involved in the origin of the CPQ and HPB populations, although on the data available it was not possible to further define their relationship. In the final working model, we assumed two primary introductions from a common source population, one into MGC, and another into both HPB and an unsampled population, with secondary spread from the unsampled population into CPQ. However, although the model is consistent with STRUCTURE and DAPC clustering, with excellent goodness-of-fit on model checking when HPA is excluded, the possibility of homoplasy also occurring between CPQ and HPB means that the origins of CPQ relative to MGC and HPB should also be interpreted with caution.

Cornwall (Figure 4B): Four sites were included in analysis, of which the three Lescrow ponds are closely clustered, and Duloe is situated ~13 km away, separated by potential urban barriers. The supported model incorporates two main introductions, each with a foundation bottleneck from a common source population, one to Duloe, the other to the Lescrow ponds. This scenario is consistent with results from STRUCTURE and DAPC, in which Duloe clusters independently from the other sites. It was not possible to determine whether any one pond of the Lescrow cluster was the site of primary introduction.

Wales (Figure 4C): Three sites were included in ABC analysis, all situated within a 1 km radius in rural landscape. We reasoned that a single introductory event was likely, given the proximity of the sampled ponds, and their likely panmixia. Comparison of scenarios of competing topology identified CT as the likely site of primary introduction, arising with a foundation bottleneck from the source population, with subsequent secondary spread to the other two sites.

For all three study locations, there was support in ABC for an intermediary ancestral population from which the source population had been derived, again with a foundation bottleneck.





Estimation of model parameters from posterior parameter distributions

We used the posterior parameter distributions of the final working model scenario for each study region to derive estimates for the size of introductory bottlenecks. In DIYABC, the founder size (Nf) is the effective population size averaged over the duration of the bottleneck. This was arbitrarily fixed at 5 generations, with a uniform prior of [2,50] for Nf in all model scenarios. Posterior distribution curves for Nf in supported models show a modal pattern in comparison with the flat plots for the prior distribution, indicating the influence of genetic data (plots shown in Supplementary Material). We therefore used posterior modal values as an estimate of founder numbers for scenarios (Figure 4). Mean and median values, which are more influenced by prior ranges, are given in Supplementary Material.

Based on the posterior distribution modal values, the estimated founder number for the introductory events for the Wales ponds is 7.7, and for the Lescrow cluster of ponds in Cornwall 6.9. Estimated founder sizes for introductions from the source population are higher for Edinburgh, and for the Duloe pond in Cornwall (Figure 4). These figures cannot be taken to indicate the exact founder size, but do suggest that a colony can become established from the introduction of a small number of individuals. Estimates for bottleneck sizes between ancestral and source populations in model scenarios are also low, but more difficult to evaluate in the absence of information about the processes and number of intermediary populations involved.

Estimates of Ne for the relevant populations are also shown in Figure 4, calculated using the full likelihood sibship assignment method, with confidence intervals derived by bootstrapping.

It was not possible in this study to derive meaningful posterior parameter estimates with respect to timing of demographic events. The relation between the inferred number of generations and chronological time is a function of the mutation rate of the genetic markers used (Kimura, 1968), and the generation time, reflecting the time separating the birth of parents from the birth of their offspring. Although the microsatellite mutation rate observed in the eastern tiger salamander Ambystoma tigrinum tigrinum is consistent with the default prior we used in ABC modeling, there may be log magnitude variation between loci (Bulut et al., 2009). The time to female sexual maturity, around three years in I. alpestris (Griffiths and Teunis, 1996; Miaud et al., 2000), can be used as an approximator of generation time (Lande, 1982), although this will be affected by life history trait variation (Miaud et al., 2000), and by the presence of overlapping generations. Posterior parameters can still be used to infer relative timings within a scenario, and calibrated to known timings, but not between scenarios where different microsatellite panels have been used. For the Edinburgh study, calibration of time parameters is enabled by the information that the university legally released alpine newts from their captive colony in the 1950s and 1970s into ponds in Edinburgh, specifically naming the MGC site (Scottish Golf Environment Group). However, the presence of homoplasy complicates extrapolation to other Edinburgh sites. For Cornwall, the inferred timing of introduction events is consistent with a more recent record of newts at the Duloe site (first recorded 2015) in comparison with the LE/LC/LW cluster of ponds (up to 30 years). The more recent posterior estimates in Wales are consistent with first records from 2014.







Discussion

Strikingly, the sites where naturalised colonies of alpine newts have been recorded in the UK are almost without exception in human-dominated landscape, often privately owned garden or farm ponds (Bell and Bell, 1995; Beebee, 2007; Humphreys et al., 2011; Wilkinson, 2016). Available records are largely based on reported sightings rather than a systematic and comprehensive survey, and are therefore likely to underestimate the total number of established colonies, especially in rural areas. However, I. alpestris mtDNA was not detected by eDNA metabarcoding in any of the natural UK ponds tested in a study of the indigenous great crested newt Triturus cristatus (Rees et al., 2014; Biggs et al., 2015; Harper et al., 2018), in keeping with alpine newts being rare in a truly wild setting.

Our geoprofiling results indicate that a significant proportion of non-captive colonies of I. alpestris in the UK are likely have arisen from independent introductions. The efficiency of geoprofiling in identifying known points of introduction in the test regions in our study illustrates the potential power of this method. However, in the absence of a systematic survey we were unable to fully exploit this potential, and the proportion inferred in our study (38 sources inferred for 84 spatial records) can only be an approximation. Nonetheless, the combination of the geoprofiling findings and the human-dominated locations of established colonies strongly suggests multiple independent introductions, resulting from the local release or escape of newts from a domestic setting. Interestingly, in a recent geoprofiling study, the distribution of another ornamental escapee in the UK, the non-native ring-necked parakeet Psittacula krameria, was also attributed to multiple local introductions, rather than to spread from a few sites (Heald et al., 2020). Papini et al. (2017) similarly implicated public or private gardens and plant dealers as multiple sources of introduction and spread in their geoprofiling study of an invasive geophyte Oxalis pes-caprae (Papini et al., 2017). In future studies, geoprofiling could be a valuable tool in the study of the spatial distribution of alpine newts between known breeding populations using eDNA sampling of all potential breeding ponds in a defined area, to generate both presence and absence data. This would be a useful adjunct to spatial sampling for genetic studies (Prunier et al., 2013), as used by Papini et al. (2017).

The variety of mtDNA haplotypes identified in established populations of I. alpestris in Britain confirms their origin from multiple sources within the native range of the species. The likely origin of naturalised alpine newts from captive collections is further supported by the close resemblance between mtDNA haplotypes found in newts sourced from the pet trade and those from established alpine newt populations. Commonly found haplotypes correspond to I. alpestris lineages noted for their bright colouration and distinct markings, despite their limited distribution in their native range (Sotiropoulos et al., 2007). While the earliest introductions by primary collectors were probably collected by enthusiasts directly from the species’ native range (Lever, 1977), animals sourced from the various wholesale, retail and online providers of non-native amphibians currently operating in the UK are more likely to derive from commercial breeding stock (Krysko et al., 2011; Tapley et al., 2011; Carpenter et al., 2014; Kraus, 2015; Mohanty and Measey, 2019). The resolution of the mtDNA markers we used in our study is too low to discriminate between direct introductions from the native range and escapes/translocations from captive or established invasive populations located within or outside the UK. This could be improved with mitogenomic and genomic sequencing, also potentially useful to track individual animals from known sources, including trade.

The occurrence of multiple independent introductions is also supported by our finding of genetically distinct alpine newt populations in two of the three study regions selected for microsatellite genetic testing. This is likely to reflect historic genetic differences between source populations rather than post-introduction divergence of isolated populations (Murphy et al., 2008; Landguth et al., 2010; Cayuela et al., 2018), given the short timescale relative to the life history of I. alpestris (Griffiths and Teunis, 1996; Miaud et al., 2000). The finding of genetically distinct populations in Edinburgh was unexpected, as we had initially assumed they had all originated from surplus university breeding stock, as documented for the MGC site (Scottish Golf Environment Group). The CPQ site in Edinburgh is a pool in a disused quarry close to the city canal, in contrast to the parkland setting of the other sites, which may reflect illicit dumping of unwanted animals (Copp et al., 2005; Stringham and Lockwood, 2018). The unsampled source population for CPQ in the supported ABC model could represent an intermediary captive population, possibly from the pet trade, or an additional unsampled naturalised population, the canal acting as a dispersal corridor for unassisted spread (Anderson et al., 2015).

There was a low migration rate between the MGC and CPQ populations, which are separated by 12.6km. Inferred migration was also low between MGC and the HPA/HPB sites, separated by 4km. By contrast, BayesAss results indicated moderate rates of reciprocal migration between the HPA and HPB ponds, which are less than 50m apart, but also a high proportion of inferred non-migrant individuals, consistent with breeding pond philopatry in alpine newts (Joly and Miaud, 1989; Sinsch et al., 2003). These results are consistent with estimates of dispersal by the DPM model in our geoprofiling study, ranging from 0.49–1.26km, and with published studies of newt movement ecology. For example, capture-mark-recapture studies of I. alpestris are consistent with high levels of movement between ponds up to 1.8km apart (Schmidt et al., 2006), while Ribeiro et al. (2011) found 1km to be the distance threshold between ponds in a species richness study of amphibians in Spain.

We found striking asymmetry of migration between the Lescrow group of ponds in Cornwall with a very high inferred rate from one pond to each of the other ponds, with negligible flow in the alternate direction. A similar but less pronounced asymmetry was seen with the Wales ponds. Asymmetry can result from source-sink dynamics (Murphy et al., 2010), or from a pronounced recent bottleneck (Sundqvist et al., 2016). It is likely that the latter explanation applies in this context, Lescrow and Wales ponds having only been recently populated, in each case from a common source population, and with a low founder number estimated from ABC modeling. Patterns generated by colonisation of previously unoccupied sites are unlikely to be at equilibrium, and may be more complex to interpret than isolation by distance (Orsini et al., 2013). It will be very interesting to monitor the evolution of genetic patterns in these study ponds, and to further study dispersal pathways by spatial genetic sampling (Prunier et al., 2013).

The concentration of alpine newt populations in human-dominated landscape in the UK is most likely to reflect their site of initial introduction, with limited dispersal due to the nature of their surroundings. There is nothing to suggest that I. alpestris is a synanthrope which benefits from continuing proximity to populated areas, in contrast to the common myna Sturnus tristis, whose limited dispersal outside townscape after more than a century of colonisation in Australia may reflect a positive preference for urban environments (Sol et al., 2012; Old et al., 2014; Ewart et al., 2019). In addition, captive alpine newts are most likely to be released into the ponds where they establish self-sustaining colonies, rather than into terrestrial habitat. This may not only bypass any selection pressure for the good dispersal abilities often attributed to founding individuals (Williamson and Fitter, 1996; Denoël et al., 2018; Renault et al., 2021; Daly et al., 2023), but also restrict further dispersal. The garden pond can be considered a “discrete and specialised” amphibian habitat (Beebee, 1985), relatively inaccessible to native newts without human intervention (Beebee, 2014). The boundaries that limit the access of native amphibians to garden ponds (Humphreys et al., 2011) are likely to similarly limit the outward spread of alpine newts.

The dispersal of newts to new breeding ponds in their native range is also strongly influenced by landscape connectivity (Pittman et al., 2014). In its native range in Switzerland, forest acts as a dispersal corridor for I. alpestris, and urban landscape as a dispersal barrier (Emaresi et al., 2011). Genetic studies of newts in their native setting show genetic differentiation between populations in fragmented habitat, but genetic homogeneity in continuous habitat (Noël et al., 2007; Beninde et al., 2021). Suburban and urban landscapes are thus likely to limit the unaided dispersal ability of I. alpestris (Hamer and McDonnel, 2008; Emaresi et al., 2011). An equivalent importance of landscape connectivity in invasive spread is supported by the comparison of the limited spread of alpine newts in the UK with the rapid expansion of an allochthonous introduction of I. alpestris cyreni in the Peñalara massif in central Spain (Lope and Cuadrado, 1985; Bosch and Martínez-Solano, 2003; Palomar et al., 2017). Although south of the natural range of the species, this is in protected montane habitat, with a close-set matrix of natural ponds and the availability of terrestrial refugia (Palomar et al., 2017). By contrast, the unsuitable Mediterranean climate explains the very limited dispersal of an I. alpestris breeding population in Larzac in the south of France, outside its natural range, despite the presence of potentially accessible neighbouring ponds (Denoël, 2005), possibly exacerbated by the captive origin of the Larzac population (Carrete and Tella, 2008; Sol and Maspons, 2016). Other factors may also contribute to the invasion success of the Peñalara population, including its direct origin from a natural population, and retained genetic diversity, although possibly offset by inbreeding (Palomar et al., 2017). Biotic factors may also be relevant in the limited expansion of breeding colonies of I. alpestris in the UK, including reduced genetic diversity and likely captive origin (Carrete and Tella, 2008). We also found evidence for inbreeding in the Wales and Cornwall study regions.

Overcoming barriers to dispersal, whether by initial release or secondary translocation into more connected habitat, could allow alpine newts to become invasive sensu Blackburn et al. (2011). A change in distribution would also increase the risk of contact between I. alpestris and native taxa, and thus the potential risk of a detrimental impact. For example, an overlap of breeding range increases the risk of hybridisation between introduced and indigenous species (Crispo et al., 2011), illustrated by the extensive genomic introgression between the introduced non-native Triturus carnifex and the threatened native crested newt T. cristatus in Switzerland (Dufresnes et al., 2016). However, in its native range in mainland Europe the alpine newt is sympatric with all three newt species that are native to the UK, the great crested newt T. cristatus, the smooth newt Lissotriton vulgaris (formerly T. vulgaris) and the palmate newt L. helveticus (formerly T. helveticus) (Speybroeck et al., 2020). The presence of multiple newt taxa, including I. alpestris, has been noted in assemblages at the same breeding ponds (Fasola and Canova, 1992; Covaciu-Marcov et al., 2010; Speybroeck et al., 2016). It is therefore possible that I. alpestris could have little direct negative impact in the event of contact with native newt species. The transmission of disease from introduced alpine newts probably represents a greater risk, discussed further below.

A lag phase between introduction and invasion (Crooks, 2005) may be ended by a novel invader, as well as a change in the established alien population. Genetic investigations have confirmed historical accounts that the invasion of Australia by the alien European rabbit Oryctolagus cuniculus was triggered by the release of rabbits of wild ancestry, rather than the repeated introduction of animals of domestic origin (Alves et al., 2022). With respect to the alpine newt, novel variants could arise pre-introduction from hybridisation caused by the lack of segregation of genetic subtypes in commercial stock. For example, batches of water frogs obtained through a licensed retailer have been shown to include both Marsh frogs (Pelophylax ridibundus) and Anatolian water frogs (P.cf. bedriagae) (Holsbeek et al., 2008). The rapid spread of the invasive rabbit is still likely to have been facilitated by pre-existing network of “sleeper” domestic rabbit populations, with potential parallels with the already widespread distribution of the alpine newt in the UK.

The non-captive populations of I. alpestris in our study most closely correspond with category B3 or C3 in the framework of alien species proposed by Blackburn et al. (2011), being self-sustaining but situated in human-associated landscape within urban confines. However, they represent only a portion of the total I. alpestris in the UK, which also includes animals held captive within the pet trade or privately owned within UK households. This captive reservoir is the likely immediate source population for naturalized alpine newts. The potential risk posed by release of captive non-native species is well-recognized (CBD Secretariat, 2010; Tingley et al., 2015). Despite this, legislation controlling release of alpine newts in the UK clearly provides insufficient protection, given that releases are ongoing. There also remains a grey area with respect to the legal status of newts kept in privately owned garden ponds, unless effectively contained. Deliberate releases of animals into the wild are more likely to be motivated by well-intentioned attempts at “liberation”, coupled with ignorance of the law rather than malicious contravention (Stringham and Lockwood, 2018). Moorhouse et al. (2017) found that the purchase of an exotic pet was less likely when the customer was given information about legality and zoonotic risk. Unfortunately, such information is currently absent or difficult to access on internet pet trade sites.

The number of reported alpine newt locations has continued to rise over the past decade (Harrower et al., 2020; Allain and Lynn, 2021). Higher public awareness, for example in response to requests to report the presence of alien amphibian species (Amphibian and Reptile Conservation), may have played a part, but the magnitude of the increase and lack of plateau suggests that the trend is genuine. It also mirrors the world-wide increase in records of invasive alien species world-wide (Hulm, 2009; Seebens et al., 2017; Pyšek et al., 2020), and is likely to reflect the relative ease of buying exotic pets from internet sources in a global market (Amano et al., 2016; Capinha et al., 2017; Hulme, 2021). An increased density of populations increases propagule pressure (Blackburn et al., 2015), and the risk of secondary contact as discussed above, but the major cause for concern is the continuing risk imposed by ongoing introductions from the exotic pet trade. The risk of disease transmission is the most immediate and concerning (Fisher and Garner, 2007). The international amphibian trade is already implicated in the global spread of pathogens including Batrachochytrium dendrobatidis, B. salamandrivorans and ranaviruses (Fisher and Garner, 2007; Schloegel et al., 2009; Martel et al., 2014). Schloegel et al. (2009) have reported a high prevalence of B. dendrobatidis and ranavirus in recently imported live market frogs at three major US ports of entry. There is also a high level of B. dendrobatidis in imported amphibians in Japan, with a pathogen haplotype over-represented in international trade samples in comparison with locally bred sources (Tamukai et al., 2014). Connected populations of I. alpestris have been implicated as an immune reservoir in the spread of B. salamandrivorans in Germany (Beninde et al., 2021). B. salamandrivorans has not been identified in the wild in the UK (Cunningham et al., 2019) but has been found in private amphibian collections (Fitzpatrick et al., 2018), and infection represents an ongoing risk (Winchester, 2015). New high resolution mitogenomic and genomic markers will be valuable in both disease surveillance, and in barcoding and tracking global trade introductions (Rane et al., 2023).





Conclusions

In this study we provide evidence that the widespread distribution of non-captive populations of I. alpestris in the UK has arisen from repeated human-mediated introductions, most probably from a domestic reservoir of captive animals. While the alpine newt in the UK is not invasive there is no justification for attempted eradication, which would be expensive and logistically difficult, as well as being ultimately futile unless the elusive supply line of primary introductions and subsequent release from captivity can be effectively controlled. Eradication might still be feasible on the neighbouring island of Ireland, where non-native alpine newts have been sighted, but where their distribution is not yet apparently widespread (Meehan, 2013). The eradication of a locally invasive introduced population of I. alpestris in New Zealand was successful because it was confined, early and intense (Arntzen et al., 2016; Sanson, 2017). Extant non-captive populations of I. alpestris may eventually become integrated into native biodiversity (Trigger et al., 2008; Clavero, 2014; Schlaepfer, 2018), but any complacency arising from the apparent lack of an invasive phenotype in long-established populations of I. alpestris in mainland Britain would be misplaced in face of continuing introductions. The potential threat posed by I. alpestris in the UK is ultimately driven by the global amphibian trade, which should be the priority target for control measures.
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England | Cornwall Lescrow East LE 17
n=70 Lescrow Central LE 34 Lescrow: domestic garden ponds, town landscape; alpine newts present for up to 30 years.
Lescrow West w 13 Duloe: natural pond; alpine newts first recorded 2015
Duloe DUL 6
Wales Wales Ceredigion W cw 25
n=58 Ceredigion T CT 12 Semi-natural garden ponds in rural landscape Alpine newts first recorded 2014
Ceredigion H CH 21
Scotland Edinburgh Mortonhall Golf Course MGC 15
n=45 Craigpark Quarry CPQ 15 Large ponds in urban parkland except CPQ, where pool in disused quarry by canal Release
Holyrood Park: Pond A HPA 6 from university breeding stock 1950s-1970s

Holyrood Park: Pond B HPB 9

Maps of the sampling sites are shown in Figure 2. Site information applies to the group of sampling sites at each location.
n, sample size.
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Wales 58 1.858 0.258 0.325 0.205 0.017
Edinburgh 45 2741 0.561 0.551 0 0.077
Cvw ns ns ns ns ns
p value EvWwW 0.002 0.002 0.002 0.004 ns
CvE ns ns 0.048 0.024 ns

Results derived from 6 loci in common to all three locations. All samples from each location were treated as a single group. Wales differed significantly from Edinburgh (p value <0.01) for all
measures except Fsr. Cornwall differed significantly from Edinburgh with respect to gene diversity (H,) and Fys. There was no significant difference between Cornwall and Wales.

n, sample size; Ar, allele richness; Ho, observed heterozygosity; Hs, gene diversity (expected heterozygosity); ns, not significant (2 tail p value p>0.05); C, Cornwall; W, Wales; E, Edinburgh.
Maps and genetic differentiation between sites for each study location.
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Results for allele richness, observed and expected heterozygosity, Fis and Fsr for the different sites and locations. The statistics are derived from the full microsatellite dataset in each case. Also
shown for comparison are the published results of genetic diversity of L alpestris in the Iberian Peninsula, showing average results across 7 sites (6 from within native range), and from the native

range in Switzerland (Emaresi et al., 2011).

n: sample size; all: results from pooled sites in study location, shown in bold; Ar, allele richness; Ho, observed heterozygosity; H, gene diversity (equivalent to expected heterozygosity, except for *
where results shown are Hg); all, analysis of all samples in the location; Fis and Fsr, shown as zero where calculated result in negative range; n/a, not available; Spain, results for an allochthonous
population in Pefialara, Spain (also included in Spain average results) (Palomar et al,, 2017). Their study used an overlapping but non-identical panel of 10 microsatellite loci, derived from Garner
etal. (2003) and Prunier et al. (2012). Switzerland: Published data for range of allele richness range in native populations in Switzerland (Emaresi et al., 2011). Their study used a panel of 7 loci

derived from Garner et al. (2003).
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1 Yorkshire nature reserve; origin NK 5
2 Yorkshire origin NK 6
3 Essex garden pond, introduced by local enthusiast; origin NK 3
4 Essex garden pond, “rescued” from local wildlife park; origin NK 6
5 Kent university land; origin NK 3
6 Sussex origin NK 4
7 Cornwall origin NK 6
8 Cornwall origin NK 10
online retail captive breeding stock stated to originate from wild in France 6

Essex pet shop sourced from local breeder, original source NK 9

Samples were derived from 8 field sites, and two pet trade sources.
map, numbered position on map in Figure 1; location: English county; NK, not known; n, sample size.





