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Urbanization in stream catchments can have strong effects on stream channel hydrogeomorphic features including channel dimensions, channel-floodplain connectivity, and flood regime. However, the consequences of hydrogeomorphic alterations on aquatic-terrestrial subsidy dynamics are largely unexplored. We examined the associations among hydrogeomorphic characteristics, emergent aquatic insect assemblages, and the density and trophic dynamics of riparian spiders of the family Tetragnathidae at 23 small urban stream reaches in the Columbus, OH (United States) Metropolitan Area. Naturally abundant stable isotopes of 13C and 15N were used to quantify the relative contribution of aquatically derived energy (i.e., nutritional pathways deriving from algae) to tetragnathid spiders and their trophic position. Bankfull discharge was negatively related to both emergence rate and family richness. On average, tetragnathid spiders relied on aquatically derived energy for 36% of their nutrition, with the greatest reliance found for spiders next to channels with wider flood-prone widths and proportionally fewer emergent insects of the family Chironomidae. Mean emergent aquatic insect reliance on aquatically derived energy was 32% and explained 44% of the variation in tetragnathid aquatically derived energy. A positive relationship between δ13C of tetragnathid spiders and emergent insects provides additional evidence of tetragnathid reliance on emergent insects. Mean tetragnathid trophic position was 2.85 and was positively associated with channel sinuosity and negatively associated with aquatic insect emergence rate. Sinuosity was also positively related to aquatically derived energy of emergent aquatic insects; as well as emergent insect family richness; % Ephemeroptera, Plecoptera, and Trichoptera (EPT); and aquatic insect emergence rate; implicating instream habitat-mediated shifts in emergent aquatic insect communities as an indirect mechanistic link between hydrogeomorphic processes and spiders. Our findings underscore that the impacts of stream hydrogeomorphic alterations can cascade into terrestrial food webs. These results suggest that monitoring and restoration of fluvial geomorphic form and function (e.g., sinuosity, slope, and hydrology) confer benefits to both aquatic and terrestrial riparian ecosystems in urban catchments.
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INTRODUCTION

Streams are closely linked to the surrounding landscape through bidirectional fluxes of organisms, material, and energy between the stream and riparian zone (Baxter et al., 2005; Richardson et al., 2010; Sullivan and Rodewald, 2012). Fluxes of energy from the stream to adjacent riparian areas provide critical nutritional subsidies for a suite of terrestrial consumers, including riparian spiders (Sanzone et al., 2003; Kato et al., 2004; Tagwireyi and Sullivan, 2015), arthropods (Bastow et al., 2002; Paetzold et al., 2006; Gratton et al., 2008), lizards (Bastow et al., 2002), mammals (Fukui et al., 2006; Kautza and Sullivan, 2016), and birds (Iwata et al., 2003; Rowse et al., 2014; Kautza and Sullivan, 2016). Benthic aquatic insects that emerge from the water as winged adults (hereafter, emergent aquatic insects) have been shown to be more nutritionally advantageous to riparian consumers (Hanson et al., 1985; Gratton et al., 2008; Twining et al., 2016) than terrestrial insects and represent a critical prey item to many riparian consumers, thus representing an important aquatic-to-terrestrial energetic vector.

Riparian spiders can be heavily dependent on aquatic energy sources (Sanzone et al., 2003; Alberts and Sullivan, 2016), with web-building spiders such as those of the family Tetragnathidae especially reliant on emergent aquatic insects (Collier et al., 2002; Kato et al., 2004; Laeser et al., 2005). Because of this reliance, tetragnathid spiders have become increasingly used to quantify and evaluate aquatic-to-terrestrial energy and contaminant fluxes (Walters et al., 2010; Alberts and Sullivan, 2016). Both emergent aquatic insect biomass and emergence rate have been positively correlated with riparian spider biomass and web density (Burdon and Harding, 2008). Furthermore, the relative dependence on emergent aquatic insects, as well as the spatial and temporal distribution of orb-weaving spiders such as Tetragnathidae, vary in accordance with emergent aquatic insect emergence rates (Kato et al., 2003, 2004; Chan et al., 2009).

Aquatic-to-terrestrial subsidies can be influenced by terrestrial landscape (e.g., riparian vegetation structure and cover type; Alberts and Sullivan, 2016) as well as instream conditions including disturbance (Greenwood and McIntosh, 2008), habitat availability (Laeser et al., 2005; Chan et al., 2009), in-stream macroinvertebrate assemblage characteristics (Paetzold et al., 2011; Gergs et al., 2014), and physical stream characteristics (Laeser et al., 2005; Kennedy and Turner, 2011). For shoreline spiders, low-disturbance environments have been associated with high aquatic insect emergence rates but low web-building habitat availability, whereas high disturbance environments create the opposite condition, in which aquatic prey is sparse but web-building habitat is highly available (Greenwood and McIntosh, 2008). Web-building substrate in the riparian zone as well as riparian vegetation characteristics are also important factors associated with riparian spider density and reliance on aquatic nutritional subsidies (Chan et al., 2009; Krell et al., 2015; Tagwireyi and Sullivan, 2015). Decreases in emergent aquatic insect abundance can lead to decreases in tetragnathid spider density as well as broader community-wide shifts in riparian arthropods (Baxter et al., 2004; Paetzold et al., 2011; Gergs et al., 2014).

Urban streams are commonly characterized by increased runoff volume as a result of larger, more frequent floods and decreased baseflows (Chin, 2006; Walsh et al., 2012; Vietz et al., 2016), resulting in a geomorphic evolution of channel form, commonly progressing from stable states through incision and widening, and finally aggradation as streams regain quasi-stable forms of diverse nature (Schumm, 1984; Hawley et al., 2012; Rieck and Sullivan, 2020). Urban stream channels are frequently, though not always, enlarged (Doll et al., 2002; Cianfrani et al., 2006; O’Driscoll et al., 2010). Collectively, urban-associated alterations to stream channels can lead to a wide variety of hydrogeomorphic conditions across an urbanization gradient (e.g., Rieck and Sullivan, 2020).

Riparian landscape characteristics play a critical role in the magnitude of channel response to urban flow regimes (Finkenbine et al., 2000; Bledsoe and Watson, 2001; Kang et al., 2010). Flow regime can influence the density, rate, and composition of aquatic-to-terrestrial subsidies: high-scour floods result in low periphyton standing stocks and filterer-dominated macroinvertebrate assemblages, whereas lower-scour areas tend to have more abundant periphyton and a shift to a predominance of collector-gatherers and scrapers (Fuller et al., 2010). Low flows and dry-downs may decrease the biomass of the emergent aquatic insect flux, resulting in decreased biomass and average body size of riparian spiders (Greenwood and McIntosh, 2010). Seasonally predictable streamflow regimes and faster streamflow velocities can result in greater densities of larvae with winged adult phases, increasing emergence from streams subject to these conditions (Greenwood and Booker, 2016).

Ultimately, the interplay between riparian conditions (e.g., canopy cover and detrital contributions) and instream conditions (e.g., light availability and streamflow variability) are likely to shape characteristics of the emergent insect flux (Kraus and Vonesh, 2012). Urban stream channels are often more homogeneous in both habitat and form (Booth and Jackson, 1997; Cianfrani et al., 2006; O’Driscoll et al., 2010), whereas riparian habitat may be altered by geomorphic alterations that reduce groundwater levels in the riparian zone (e.g., incision; Groffman et al., 2003; Hardison et al., 2009). These habitat changes may alter aquatic-to-terrestrial energy fluxes via effects on the benthic insect assemblage, and thus emergent aquatic insects (Sullivan et al., 2004; Fend et al., 2005; Kennedy and Turner, 2011). Further, instream and riparian habitat changes can alter both the transport of subsidies into the riparian zone as well as the suitability of the riparian habitat itself for consumers (Chan et al., 2009; Kautza and Sullivan, 2015; Tagwireyi and Sullivan, 2015).

Quantifying trophic impacts of altered bidirectional aquatic-terrestrial exchanges can be accomplished using several metrics. Reliance on aquatically derived energy (ADE; nutritional pathways originating from benthic algae; sensu Kautza and Sullivan, 2016) in the diet of consumers can be used to assess the relative reliance of consumers on instream primary production (i.e., algae) versus terrestrial production (i.e., terrestrial detritus, vegetation; Kautza and Sullivan, 2016). Trophic position (TP) describes the number of trophic steps between basal resources and a consumer, providing a metric of food-web complexity (Jackson and Sullivan, 2018). Both metrics allow for assessments of how stressors impact the basal energetic resources most important to and the structure (e.g., size and length) of the coupled terrestrial-aquatic food-web. For example, aquatically derived energy and TP of emergent aquatic insects have both been shown to be influenced by invasive vegetation in the riparian zone (Diesburg et al., 2021), while ecosystem size and hydrological disturbance have been shown to influence the ADE and TP of riparian spiders (Jackson and Sullivan, 2018), and riparian vegetation characteristics and urban development influence the ADE and TP of riparian ants (Tagwireyi and Sullivan, 2015).

Our goal was to explore associations between variability in hydrogeomorphic characteristics and aquatic-terrestrial ecological linkages. To do this, we investigated the associations between variability in stream hydrogeomorphic features and aquatic-terrestrial nutritional subsidies to shoreline riparian spiders at a suite of 23 small urban streams in the Columbus Metropolitan Area (CMA), OH, United States. We expected that hydrogeomorphic conditions that weaken stream-floodplain connectivity (e.g., incision, entrenchment, reduced width-of-floodprone area) would reduce the density, reliance on ADE, and TP of spiders of the family Tetragnathidae via reduced quantities and altered composition of emergent aquatic insect fluxes. In addition, we expected that riparian vegetation characteristics would be related to habitat availability for tetragnathid spiders, and thus density, but have less impact on ADE or TP. We anticipate that these findings will have important implications for current understanding and management of coupled stream-riparian systems in urban landscapes.



MATERIALS AND METHODS


Study Reaches

Based on more than a decade of extensive research experience in the CMA, we selected 12, 1st-3rd order urban stream reaches of similar drainage area that were reliably accessible and represented a range of hydrogeomorphic conditions. During the summers of 2011–2013, all study reaches were surveyed once for hydrogeomorphic characteristics, chemical water quality, riparian habitat and vegetation, emergent aquatic insects, riparian spiders, detritus, and periphyton. Study reaches were 25–30 × estimated bankfull width in length (Kondolf and Larson, 1995; Kondolf and Micheli, 1995) and ranged from 89 to 390 m (Supplementary Table 1). All study reaches were located in the lower Scioto River catchment (Figure 1). Hydrogeomorphic characteristics, emergent aquatic insects, detritus, and periphyton were measured at all sites in the summer of 2011, riparian spiders were surveyed at all sites in the summer of 2012, and chemical water quality and riparian habitat and vegetation were surveyed at all sites in the summer of 2013.
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FIGURE 1. Study-reach locations overlaid on major roadways and waterways and within their major drainage sub-catchments of the Columbus Metropolitan Area, OH, United States. The Scioto River drains 16,822 km2, Olentangy River 1,406 km2, and Big Walnut Creek 890 km2. The Blacklick, Rocky Fork, and Alum Creek sub-catchments drain 159, 49, and 320 km2, respectively.


We used the StreamStats online tool developed for Ohio (U.S. Geological Survey, 2016) to delineate catchments upstream of the terminal end of each study reach, then used geographic information systems (ArcGIS 10.3.1, Esri, Redlands, California, United States) to derive land-cover types (e.g., high-, medium-, and low-density urban cover). Stream length was derived from the National Hydrography Dataset Plus (U.S. Geological Survey, 2014), and a 30-m buffer was created around each stream to represent the riparian area upstream of the terminal end of the study reach, given evidence that riparian zones of small streams may need to be ≥ 30 m to be ecologically functional (Lind et al., 2019). We then used the 2011 National Land Cover Database (Homer et al., 2015) to derive percentages of developed land use and impervious surface coverage (i.e., imperviousness) for each catchment upstream of the terminal end of each study reach as well as within the 30-m riparian buffer. Catchment total development ranged from 19.5 (Leeds) to 100.0% (Linworth, Beechwold, Waterman), while catchment imperviousness ranged from 3.3 to 67.7% (Supplementary Table 1).



Hydrogeomorphic Features

Fluvial geomorphic features were surveyed using techniques outlined in Ward and Trimble (2004) with further details in MacFarland (2012), using a laser level (SPECTRA self-leveling laser, Trimble Construction Tools Division, Dayton, OH, United States), laser receiver mounted on a stadia rod, 30-m measuring tapes, a compass, and a 254-cm ruler (for pebble counts). Longitudinal surveys ran along the thalweg of the channel, measuring channel azimuth as well as bed and water elevation at each point of noticeable grade change and bankfull elevation at 8–12 points along the reach where bankfull indicators were clear (Ward and Trimble, 2004). At three representative riffles along the reach, we conducted cross-sectional surveys measuring surface elevation across the entire estimated floodprone width and performed a Wolman (1954) pebble count of n = 100 bed particles per cross-section (n = 300 bed particles per reach).

Directly measured (e.g., bankfull width, D50) and calculated (e.g., shear stress, estimated bankfull discharge) hydrogeomorphic variables were compiled or calculated using the Reference Reach Spreadsheet 4.3L (Powell et al., 2006) in Microsoft Excel (2019). This spreadsheet tool was developed to calculate second-order variables using first-order variables as well as standards derived from regional curves for central Ohio (Supplementary Table 2). For instance, entrenchment ratio, which is the ratio of floodprone to bankfull width (Supplementary Table 2), measures the vertical containment of the stream, either through incision or the containment via dikes or other structures and indicates the degree to which the stream can access its floodplain. Incision ratio, which is the ratio of low bank height to bankfull depth (Supplementary Table 2), indicates the extent to which the stream has cut down into the channel bed, and while similar to entrenchment ratio due to its description of vertical confinement, more directly addresses hydrogeomorphic mechanisms.



Chemical Water-Quality

Owing to the potential influence of water quality on aquatic invertebrates in urban catchments (Wang and Kanehl, 2003; Sterling et al., 2016; Luo et al., 2018), chemical water-quality and nutrient samples [total nitrogen (N; mg L–1), total phosphorus (P; mg L–1), total mercury (Hg; ppt), and total dissolved solids (TDS; mg L–1)] were obtained from one grab sample of water composited from 5–7 locations throughout each study reach. Refrigerated samples were sent to The Ohio State University’s Service Testing and Research (STAR) laboratory for analysis within 24 h of collection. The STAR laboratory used cold vapor atomic fluorescence using a CETAC M8000 mercury analyzer (CETAC Technologies, Omaha, Nebraska, United States), calibrated with NIST-traceable 100 mg L–1 mercury standard (SPEC CertiPrep, Metuchen, New Jersey, United States), on samples that had been digested using a 1:1 mixture of trace metal grade perchloric acid and nitric acid.

Temperature (°C), conductivity (μS), dissolved oxygen (DO; % and mg L–1), pH, and oxidation-reduction potential (ORP; mV) were measured at 16 of the study reaches using a multimeter sonde (YSI, Inc. 600QS, Yellow Springs, OH, United States). Loss of access due to landowner changes or equipment failure prevented measurement of these variables at the remaining six study reaches.



Instream, Streambank, and Riparian Vegetation Characteristics

We assessed instream canopy cover using a densiometer following Lemmon (1957; utilized in streams in Hassett et al., 2018), performing three longitudinal transects (one along the right bank, one along the thalweg, one along the left bank) along 200 m centered within each reach, with measurements taken facing each cardinal direction every 20 m. We also estimated riparian canopy cover using a similar technique, using the densiometer along four randomly placed lateral (to the stream) 30-m riparian transects using a modified point-intercept method (see details in Jackson and Sullivan, 2009), measuring canopy cover every 10 m (Lemmon, 1957).

Along these same four transects (2 left bank, 2 right bank), we identified the nearest woody vegetation to species and its diameter at breast height (DBH) every 5 m and conducted one herbaceous vegetation cover survey at a randomly selected distance away from the stream on each transect (for a total of four herbaceous cover plots, 1 m2 each). At each 1-m2 herbaceous cover plot, we estimated total percentage herbaceous cover as well as the first, second, and third most common (when present) vegetation species [further details in Jackson and Sullivan (2009)]. Streambank vegetation was assessed along transects along both right and left banks throughout the entire reach length. At every 10 cm along the reach length on both the left and right banks, we noted the presence of streambank cover and the species of vegetation (when present; Symonds, 1958, 1973), which also allowed estimates of streambank honeysuckle (Lonicera maackii and L. tatarica) cover, a common and pervasive invasive plant in the study system. Invasive honeysuckle was of interest due to its potential to enhance web-building substrate for tetragnathid spiders (Loomis et al., 2014; Tagwireyi and Sullivan, 2015), facilitate certain aquatic insect taxa (e.g., Culex pipiens; Shewhart et al., 2014) while harming others (Watling et al., 2011), and alter aquatic basal resource quality and timing (Watling et al., 2011; McNeish et al., 2015).



Emergent Aquatic Insects and Orb-Weaving Spiders

Owing to our focus on the ecological linkages between the stream and the riparian zone, we focused our collection efforts on emergent aquatic insects, which more accurately represent the realized aquatic-to-terrestrial subsidy than benthic macroinvertebrates. Multiple factors – including light availability, allochthonous resource availability (Kraus and Vonesh, 2012), canopy cover (Banks et al., 2007), the presence of predators (Pope et al., 2009; Wesner, 2013) and contamination (Wesner, 2019) – can influence aquatic insect emergence and, thus, lead to benthic-emergent community differences. We collected emergent aquatic insects using Mundie-style traps (Mundie, 1956) placed in one riffle, reach, and pool, respectively, in each study reach once for 8–10 days; all insects were preserved in 70% ethanol. From multiple studies in the study system quantifying ecological linkages between land and water (e.g., Rowse et al., 2014; Sullivan et al., 2018, 2021), we considered our sampling effort sufficiently robust to capture heterogeneity in emergent aquatic insects through careful selection of representative habitats in which traps were placed. Moreover, our sampling methodology and effort were generally consistent with other studies that have measured emergent insect fluxes in streams (e.g., Malison et al., 2010; Kautza and Sullivan, 2015).

In the laboratory, all individuals were counted and identified to family following Merritt et al. (2008). We then calculated assemblage characteristics, including family richness, Shannon-Weiner diversity index (H’, using families in place of species), evenness (E), and percentage of individuals belonging to the families Chironomidae (the most numerically abundant insect taxon across all reaches) and Ephemeroptera, Plecoptera, and Trichoptera (EPT; Supplementary Table 2). Subsequently, we sorted individuals by family before categorizing them based on functional feeding groups according to Merritt et al. (2008) for subsequent stable-isotope analysis, except for Chironomidae, which we kept as a separate group based on their high densities at all sites.

To assess tetragnathid spider density, we conducted longitudinal surveys of both right and left banks at each study reach shortly after 2100 h once per study reach. During 15-min surveys along 30 m (centered within the study reach), we visually inspected the streambank and immediate riparian zone for orb webs, counting the number of webs per m up to 2 m in height and 3 m landward from the streambank (Williams et al., 1995). Using orb webs as a 1:1 proxy for spiders is justified by the habits of tetragnathid spiders, which are known re-build their webs on a daily basis, making it possible to estimate the number of small, reclusive spiders by surveying the number of webs present at night, when these spiders are known to be most active (Williams et al., 1995; Diesburg et al., 2021). At each study reach, we also collected 7–12 tetragnathid spiders from orb webs for stable-isotope analysis (Akamatsu et al., 2004).



Periphyton and Terrestrial Detritus

Periphyton was obtained by selecting at least 10 bed substrate particles, distributed evenly throughout the reach. Algal material (primarily diatoms) was scrubbed from particles and rinsed into sample jars containing 70% ethanol. We collected instream detritus by separating out detrital material from three separate 90-s Surber samples (0.31 × 0.31 m, 500-μm mesh, Forestry Suppliers, Jackson, Mississippi, United States) conducted at the same riffles, runs, and pools as those in which emergent traps were placed.



Stable-Isotopes

We rinsed tetragnathid spiders and emergent aquatic insects in deionized water and then dried individuals for 48 h at 60° C (Lorrain et al., 2003). Tetragnathid spiders were sorted by study reach, while emergent insects were sorted and grouped by study reach, family, and functional feeding group. We used periphyton and terrestrial detritus as isotopic baselines. Periphyton was sorted to remove non-algal material and terrestrial detritus. All samples were dried at 60° C for 48 h, then ground using a mortar and pestle (periphyton, spiders, emergent insects) or ball mill grinder (terrestrial detritus).

Stable isotopes (13C, 15N) were analyzed at the Washington State University Stable Isotope Core (Pullman, Washington, United States) using continuous flow isotope ratio mass spectrometry (Delta Plus XP, Thermofinnigan, Bremen, Germany), and reported as δ13C and δ15N as parts per thousand deviation from an estimated standard (e.g., Vienna Peedee belemnite limestone for δ13C, atmospheric N for δ15N). Typical precision was 0.08‰ (δ15N) and 0.19‰ (δ13C). δ13C and δ15N were calculated as:
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where,
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We used epilithic algae as δ13Cbase1 and terrestrial detritus as δ13Cbase2 for basal food-source end members. We calculated estimated TP for Tetragnathidae and emergent aquatic insects using per trophic step fractionation (Post, 2002), estimating the number of trophic transfers between consumer and basal resources by dividing the difference between consumer δ15N and mean basal resource δ15N by an estimated trophic fractionation rate of 2.75‰, a value increasingly used for orb-weaving spiders in other studies in lotic systems (Eq. 3; Kelly et al., 2015). Some variability is inherent in the use of this fractionation value, as others have found that 2.54‰ may be a more appropriate value for certain consumers (Vanderklift and Ponsard, 2003) or that a fixed fractionation rate may be inappropriate in certain situations (Caut et al., 2009; Hussey et al., 2014). We addressed this variability by utilizing a sufficiently large standard deviation in mixing models (SD = 2.20). The use of primary producers [compared to longer-lived primary consumers (e.g., molluscs)] as isotopic baselines also introduces further sources of variability due to high spatiotemporal variability of stable-isotope signatures of primary producers (Cabana and Rasmussen, 1996; Post, 2002). However, we reduced this error to the extent possible by sampling primary producers in the same habitats and as close to the same timeframe as consumers as possible (Post, 2002).

[image: image]

Reliance on ADE was calculated as the ratio of the difference between consumer and detrital δ13C divided by the difference between periphyton δ13C and detrital δ13C (Eq. 4).
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We used the MixSIAR (Stock et al., 2018, 2020) package in R (R Core Team, 2020) to estimate both TP and ADE. MixSIAR is a Bayesian mixing-model approach that improves parameterization of error structure, more realistically estimates predation rates, and allows for construction of informative priors (Stock et al., 2018). For δ13C, we used fractionation values of 0.08 ± SD 1.90 per trophic step (Kelly et al., 2015). We used posterior density plots, the Gelman-Rubin diagnostic test, and the Geweke diagnostic test to evaluate model performance.



Analytical Methods

We selected 10 candidate hydrogeomorphic variables (width-of-floodprone area, discharge, shear stress, bankfull width, width:depth ratio, entrenchment ratio, sinuosity, D50, slope, and incision ratio) that were found to be correlated with biotic-assemblage characteristics [e.g., diversity (H’), density] in previous work in the study system (e.g., Rieck and Sullivan, 2020). We then used canonical correspondence analysis (CCA) to investigate associations between these 10 variables and relative abundances of emergent aquatic insect families using the vegan package (Oksanen et al., 2019) in R (R Core Team, 2020), eliminating hydrogeomorphic variables to keep variance inflation factors < 10 (Greenacre, 1984; Gross, 2003). This process resulted in the inclusion of seven hydrogeomorphic variables for the final analyses of emergent aquatic insect and hydrogeomorphic variables: slope, incision ratio, entrenchment ratio, width-of-floodprone area, discharge, D50, and sinuosity. Emergent aquatic insect flux metrics [emergence rate, diversity (H’), % chironomids], water-quality variables [total N (total P excluded due to very high correlation with total N), total Hg, TDS], and riparian vegetation characteristics (% instream canopy cover, riparian canopy cover) were also considered in building models addressing tetragnathid density, TP, and ADE. This set of variables was selected from the full suite of emergent aquatic insect flux, water-quality, and riparian vegetation predictors to include only those that maintained variance inflation factors < 10 (Greenacre, 1984; Gross, 2003) when including the seven previously selected hydrogeomorphic variables. Models investigating emergent aquatic insect response variables considered the same hydrogeomorphic, chemical water quality, and riparian vegetation predictor variables. Sonde data, temperature, conductivity, pH, DO, and ORP were not included in the formal analysis due to missing data, but were used to visually screen for notable variability in these water-quality parameters across study reaches.

All model analyses were completed in R (R Core Team, 2020). We identified the most appropriate distributions for all variables using the fitdistrplus package (Delignette-Muller and Dutang, 2015; Table 1). We used an AICc model selection approach following Feld et al. (2016). All predictor variables were transformed to best approximate normal distributions and scaled to have a mean of zero and standard deviation of 1 (zscale function) and assessed for collinearity (library usdm, vifstep function), ensuring variance inflation factors were ≤ 5 (Feld et al., 2016). Using fitdistrplus (Delignette-Muller and Dutang, 2015) after transformation showed that transformed variables best fit a normal distribution. Response variables were not transformed, but instead we built a “full” generalized or general linear model (glm or lm function, depending on the distribution that best fit the specific response variable; Table 1) from which all possible combinations of predictors could be assessed using the “dredge” function within MuMIn (Bartón, 2020). Full models for tetragnathid spider response variables included slope, incision ratio, entrenchment ratio, width-of-floodprone area, D50, sinuosity, emergence rate, % Chironomidae, total mercury, % instream canopy cover, total nitrogen, and TDS as predictor variables. Full models for emergent aquatic insect variables included slope, incision ratio, entrenchment ratio, D50, sinuosity, total mercury, % instream canopy cover, total nitrogen, and TDS as predictor variables. Models with AICc < 2 were considered well supported and further assessed after excluding those models containing uninformative parameters (i.e., those whose addition to an existing model resulted in an improvement in AICc of < 2; Arnold, 2010). Within each model, we defined the cutoffs for a relationship as p < 0.05 and a trend as 0.05 < p ≤ 0.10 (Rowse et al., 2014; Diesburg et al., 2021).


TABLE 1. Descriptive statistics for all physical and biotic variables included in the analysis, including mean, standard deviation (SD), minimum (Min), median (Med), and maximum (Max).
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RESULTS


Vegetation, Water Quality, and Hydrogeomorphic Characteristics

Instream canopy cover and streambank cover exhibited means of 85.3 and 69.0%, respectively (Table 1). Canopy cover in the riparian zone had a mean of 70.6% (SD = 24.7%; Table 1). Mean coverage of invasive honeysuckle in the riparian zone was 20.8% (SD = 22.5%) while mean honeysuckle coverage on streambanks was 26.2% (SD = 30.6%). Coverage of honeysuckle in the riparian zone ranged from 0% at Beechwold, Big, Blendon, Dysart, Jefferson, and Rush to 79.2% at Waterman (Supplementary Table 3).

Total N and total P had means of 0.827 mg L–1 (SD = 0.632 mg L–1) and 0.185 mg L–1 (SD = 0.103 mg L–1), ranging from < 0.01 and < 0.001 mg L–1 to 2.62 and 0.436 mg L–1, respectively (Table 1 and Supplementary Table 4) and were highly correlated with one another (r = 0.82, p < 0.001). Hg in streamwater ranged from < 0.001 to 3.630 ppt ([image: image] = 0.629), while TDS ranged from 48.17 to 1707.30 mg L–1 ([image: image] = 468.8 mg L–1; Table 1 and Supplementary Table 4). The highly urbanized Waterman study reach had markedly higher concentrations of total N, total P, and TDS (Supplementary Table 4) than the other study reaches.

Stream bankfull width and width-of-floodprone area ranged from 2.5 and 4.2 m at Greenridge to 13.3 and 18.5 m at Adena, respectively ([image: image] = 5.8 m, 9.3 m; SD = 2.5 m, 4.2 m, respectively; Table 1 and Supplementary Table 5). Some channels showed signs of entrenchment (entrenchment ratio [image: image] = 1.6, SD = 0.5; Table 1 and Supplementary Table 5) or incision (incision ratio [image: image] = 2.1, SD = 0.70; Table 1 and Supplementary Table 5). Discharge ranged from 0.27 to 9.83 m s–1 ([image: image] = 2.54 m s–1, SD = 2.08 m s–1), sinuosity ranged from 1 to 2.5 ([image: image] = 1.3, SD = 0.4), and D50 ranged from 0.8 to 53 mm ([image: image] = 25 mm, SD = 14 mm; Table 1 and Supplementary Table 5).



Emergent Aquatic-Insect Flux

The rate of aquatic insect emergence ranged from 0.6 m–2 day–1 at Greenridge and Highbanks to 53.0 m–2 day–1 at Indian ([image: image] = 8.7 m–2 day–1, SD = 11.9 m–2 day–1; Table 1 and Supplementary Table 6). Family richness ([image: image] = 6.6, SD = 3.9), H’ ([image: image] = 0.597, SD = 0.436), and evenness ([image: image] = 0.342, SD = 0.220) also exhibited substantial variability across study reaches (Table 1). Assemblages were largely dominated by Chironomidae ([image: image] = 78.4% of numerical total, SD = 23.0%; Table 1), with very low relative percentages of EPT taxa [[image: image] = 3.7%, SD = 7.0% (Table 1); EPT was 0% at nine reaches (Supplementary Table 6)].

Reducing the number of hydrogeomorphic variables in our dataset to keep variance inflation factors < 10 resulted in a canonical correspondence analysis using seven hydrogeomorphic variables: slope, incision ratio, entrenchment ratio, width-of-floodprone area, D50, discharge, and sinuosity (Figure 2). The primary axis of our canonical correspondence analysis (CCA) explained 20.53% of the variation in emergent aquatic-insect flux assemblage composition, while the secondary axis explained 19.54% (Figure 2). Sinuosity was negatively associated with CCA2, slope was negatively associated with CCA1, and width-of-floodprone area and D50 were positively associated with CCA1 (Figure 2). Incision ratio, entrenchment ratio, and discharge were not strongly associated with either axis. The most ubiquitously distributed family- Chironomidae- was not strongly associated with either axis, while less common families were associated with at least one axis. For instance, Cecidomyiidae (gall midges) and Calopterygidae (broad-winged damselflies) were negatively associated with CCA1, and were also strongly and positively associated with slope, while Ephydidae (shore flies), Hydropsychidae (net-spinning caddisflies), Heptageniidae (clinger mayflies), and Phoridae (humpbacked flies) were negatively associated with CCA2 and positively associated with sinuosity.


[image: image]

FIGURE 2. Ordination biplot based on canonical correspondence analysis of seven hydrogeomorphic variables that minimized variance inflation factors and the relative abundance of emergent aquatic insect families. CCA1 and CCA2 explained 20.53 and 19.54% of the variation in emergent aquatic insect assemblages, respectively. Only the nine most common and nine rarest emergent-insect families are shown. Strat, Stratiomyidae; Baet, Baetidae; Scio, Sciomyzidae; Simu, Simulidae; Scia, Sciaridae; Lept, Leptohyphidae; Doli, Dolichopodidae; Sisy, Sisyridae; Doli, Dolichopodidae; Chao, Chaoboridae; Cory, Corydalidae; Phor, Phoridae; Chir, Chironomidae; Hept, Heptageniidae; Ephy, Ephydidae; Poly, Polycentropodidae; Calo, Calopterygidae; Ceci, Cecidomyiidae, Hydr, Hydropsychidae. Slope, channel bed slope; IR, incision ratio; ER, entrenchment ratio; WFPA, width-of-floodprone area; Q, discharge; D50, median sediment particle size; Sin, sinuosity.




Emergent Aquatic-Insect and Tetragnathid Spider Density and Trophic Dynamics

Periphyton δ13C was more enriched ([image: image] = −19.96‰, SD = 4.50‰) than detrital δ13C ([image: image] = −27.57‰, SD = 0.73‰), as was periphyton δ15N ([image: image] = 6.55‰, SD = 2.71‰; detrital δ15N [image: image] = 1.73‰, SD = 1.76‰). General agreement with values for other stream systems in the study region suggest that our efforts to remove non-algal material from our periphyton samples to obtain adequate primary producer isotopic signatures (which can be challenging; Delong and Thorp, 2006; Zeug and Winemiller, 2008) appear to have been successful. For example, Kautza and Sullivan (2016) reported periphyton δ13C of −21.68‰ in the Scioto River and Weber et al. (2017) reported values of 30.0‰ in the Muskingum River, OH. Our periphyton δ15N values were also similar to those for primary producers in the region (e.g., 9.57‰; Kautza and Sullivan, 2016). We also observed adequate separation between our basal resources, with periphyton being separated from detritus by 7.6‰ (δ13C) and 4.8‰ (δ15N), leading to our mixing models converging based on Geweke’s diagnostic tests (all p > 0.10) and visual assessment of trace plots (Supplementary Figure 1).

Stable isotope results were pooled for emergent aquatic insects, such that values for ADE and TP represented the average value for each study reach. Mean emergent aquatic emergent TP across all taxa and study reaches was 2.62 (SD = 0.59, Table 1), ranging from 1.14 at Sycamore to 3.08 at Sharon and Rush (Supplementary Table 6). Overall, emergent aquatic insects relied on ADE for 0.32 (SD = 0.13) of their nutritional needs, with the remaining 0.68 coming from terrestrially derived energetic pathways (Table 1).

Tetragnathid spider density ranged from 0.01 m–1 at Kempton to 0.25 m–1 at Wetlands ([image: image] = 0.1 m–1, SD = 0.07 m–1; Table 1 and Supplementary Table 7), both of which were highly urbanized. Tetragnathid reliance on ADE was generally less than 0.50 ([image: image] = 0.36, Table 1), though variable (SD = 0.11; Table 1), ranging from near 0.20 at Sycamore to 0.56 at Big and Leeds (Supplementary Table 7). Tetragnathid TP ranged from 0.93 (Cole) to 4.03 (Leeds; Table 1 and Supplementary Table 7). Tetragnathid TP was not significantly associated with emergent aquatic insect TP (R2 = 0.06, F = 1.15, p = 0.300), but tetragnathid ADE was positively correlated with emergent aquatic insect ADE (R2 = 0.44, F = 13.59, p = 0.002; Figure 3A). Tetragnathid δ13C was also positively correlated with aquatic insect δ13C (R2 = 0.20, F = 4.55, p = 0.047; Figure 3B), further suggesting a nutritional dependence of spiders on aquatic emergent insects.


[image: image]

FIGURE 3. Relationships between (A) emergent aquatic insect aquatically derived energy (ADE) and tetragnathid spider ADE (R2 = 0.44, F = 13.59, p = 0.002); (B) emergent aquatic insect and tetragnathid spider δ13C (R2 = 0.20, F = 4.55, p = 0.047); and (C) emergent aquatic insect trophic position (TP) and tetragnathid spider TP (R2 = 0.06, F = 1.16, p = 0.297). Shaded area indicates 95% confidence interval.




Predictors of Emergent Aquatic Insect Fluxes

The null model was the best supported model (ΔAICc = 0) for emergent aquatic insect TP, and no variables included in strongly supported (ΔAICc < 2) models were significant for aquatic insect TP (Table 2). All other emergent aquatic insect models had non-null models with the strongest support (ΔAICc = 0). Bankfull discharge was featured in supported models of emergence rate (Figure 4A) and family richness (negative relationships) and evenness (positive relationship; Table 2). Sinuosity displayed positive relationships with emergence rate, family richness, % EPT, and ADE (Table 2). The concentration of TDS was the predominant factor in supported models of diversity (Figure 4B) and % Chironomidae (positive relationships) and evenness (negative relationship; Table 2). Total dissolved solids was also a salient predictor in several strongly supported models of emergence rate (positive relationship) and % EPT (negative relationship; Table 2).


TABLE 2. Model results with AICc < 2 (excluding those with uninformative parameters) from general (normal distribution for evenness, % EPT, % Chironomidae, TP, and ADE) and generalized (lognormal distribution for emergence rate [no. m−2 day−1] and family richness; gamma for diversity [H’]) linear models with hydrogeomorphic characteristics as predictors of emergent aquatic insect flux metrics.
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FIGURE 4. Example bivariate relationships from models presented in Tables 2, 3. (A) Log bankfull discharge and log emergent aquatic insect emergence rate. (B) Log total dissolved solids and emergent aquatic insect diversity (H’) on a Gamma scale. (C) Log entrenchment ratio and log tetragnathid density. (D) Log sinuosity and log tetragnathid trophic position. Shaded area indicates 95% confidence interval.



TABLE 3. Model results with AICc < 2 (excluding those with uninformative parameters) from generalized linear models (using lognormal distributions) for tetragnathid spider characteristics with hydrogeomorphic, emergent aquatic insect, riparian vegetation, and chemical water-quality characteristics as predictor variables.

[image: Table 3]


Predictors of Riparian Spiders

One model of tetragnathid density, which included slope and D50 (negative relationships) and entrenchment ratio (positive relationship; Figure 4C) had strong (i.e., ΔAICc < 2) support after removing those with uninformative parameters (Table 3). Two models of Tetragnathidae TP also had strong support, and both featured combinations of emergence rate (negative relationship), and sinuosity (positive relationship; Table 3 and Figure 4D). The best supported (ΔAICc = 0) model for Tetragnathidae ADE featured % Chironomidae (negative relationship) and width-of-floodprone area (positive relationship; Table 3). Other supported models for tetragnathid ADE featured the additional variables of total nitrogen and TDS (negative relationships; Table 3). Salient relationships among hydrogeomorphic characteristics, emergent aquatic insects, and tetragnathid spiders are summarized in Figure 5.


[image: image]

FIGURE 5. Visual representation of key relationships among hydrogeomorphology, emergent aquatic insects, and tetragnathid spiders. Relationships derived from AICc model results (Tables 2, 3). Yellow lines indicate negative relationships, black lines indicate positive relationships. Dens, density; ADE, reliance on aquatically derived energy; TP, trophic position; Chiro, Chironomidae; FR, family richness; E, evenness; Em R, emergence rate; WFPA, width of floodplain area; BW, bankfull width; LBH, low bank height; BD, bankfull depth; D50, median sediment particle size. Figure by R. B. Keast.





DISCUSSION

We observed several associations between tetragnathid spiders and hydrogeomorphic characteristics of our urban streams, but with only limited evidence linking these shifts to the quantity and composition of the emergent aquatic insect flux into the riparian zone (Figure 5). Emergence rate was associated with a combination of hydrogeomorphic (i.e., discharge, sinuosity, and incision ratio) and chemical water-quality (i.e., TDS) variables. Emergent aquatic insect family richness was predominately influenced by discharge and sinuosity in the best supported model, while the remaining emergent aquatic insect metrics [i.e., diversity (H’), evenness, % Chironomidae, % EPT] were associated with TDS (although note that evenness was also positively associated with discharge and % EPT with sinuosity). Sinuosity was also a dominant factor in models of emergent aquatic insect ADE, although no variables were significant in models of emergent aquatic insect TP.

While predominately stream hydrogeomorphic factors influenced tetragnathid density (i.e., slope, entrenchment ratio, D50), a mixture of hydrogeomorphic (i.e., sinuosity, width-of-floodprone area) and emergent aquatic insect flux descriptors (i.e., emergence rate and % Chironomidae) best explained variability in tetragnathid trophic dynamics (though total N and TDS featured in some strongly supported models of tetragnathid ADE; Figure 5). These results imply that whereas hydrogeomorphic variability may directly influence the abundance of tetragnathid spiders along a stream reach, associations between hydrogeomorphic characteristics and spider trophic dynamics were primarily mediated by emergent aquatic insects. Positive relationships between emergent insect and tetragnathid reliance on aquatically derived energy further support this mechanism, as does the positive relationship between emergent insect and tetragnathid δ13C (Figure 3). While these correlations likely reflect underlying shifts in benthic insect communities, numerous studies have shown a decoupling between larval benthic insect densities and emergence rates in response to the allochthonous resource availability (Kraus and Vonesh, 2012), the presence or absence of predators (Pope et al., 2009; Wesner, 2013), canopy cover (Banks et al., 2007), and contamination (Wesner, 2019), among other factors. Chemical water-quality variables, most notably TDS, appear to also play an influential role in impacting both riparian spider and emergent aquatic insect assemblage structure and trophic dynamics in urban systems.


Emergent Aquatic Insect Flux

Canonical correspondence analysis indicated several strong relationships between specific emergent aquatic insect families and hydrogeomorphic alterations, of which the positive relationships between sinuosity and Hydropsychidae and Heptageniidae relative abundances were intriguing (Figures 2, 5), owing to the positive relationships we observed between sinuosity and tetragnathid TP and emergent aquatic insect emergence rate, family richness, ADE, and % EPT. Hydropsychid caddisflies are net-spinning filter-feeders (Merritt et al., 2008) that may benefit from increased sinuosity via increased terrestrial detrital material entering the stream (via increased interaction area with the riparian zone; Gratton and Vander Zanden, 2009). Heptageniid mayflies are flat-bodied scrapers (Merritt et al., 2008) that may be advantaged by the increased habitat heterogeneity often associated with more sinuous streams (Kauffman et al., 1997). Based on our results, these taxa might be expected to benefit from an increase in autochthonous resources in more sinuous reaches. An interesting avenue of future research may be to explore whether an increase in mayfly taxa as prey for predatory aquatic insects has an impact on coupled stream-riparian food-chain length and, thus, tetragnathid TP.

Increased shear stress and erosion resulting in altered energetic resources and physical habitat may underlie linkages between bankfull discharge and emergent aquatic insect variables. For example, our linear models indicated that increased bankfull discharge was associated with lower emergence rate, family richness, and, in a few models, slightly increased evenness of the emergent insect flux (Table 2 and Figure 4A). Bankfull flows are a principal agent of erosion in streams, responsible for high shear stress and scour (Ward and Trimble, 2004; Wohl et al., 2019). Enlarged urban streams may experience higher bankfull discharges than would be expected given their drainage area, and also experience them more frequently (Chin, 2006; Cianfrani et al., 2006; Vietz et al., 2016). Thus, these streams may support lower densities of benthic macroinvertebrates, with those taxa able to withstand high-flow environments (e.g., burrowers or strong clingers) becoming proportionally more abundant.

Total dissolved solids were positively related to emergent aquatic insect emergence rate, diversity (Figure 4B) and % Chironomidae, negatively related to % EPT, emergent aquatic insect evenness, and, in some models, ADE. TDS – particularly bicarbonate, calcium, and chloride – are commonly elevated in urban areas owing to urban runoff and, perhaps more importantly, leaching from concrete drainage structures (Garie and McIntosh, 1986; Wright et al., 2011; Tippler et al., 2014). Previous studies have documented shifts in aquatic macroinvertebrate assemblages stemming from urban-associated increases in TDS and, correspondingly, conductivity and pH (Chatzinikolaou et al., 2006; Mangadze et al., 2019). These assemblage changes may be the result of species-specific adaptations to extreme low or high TDS concentrations (Olson and Hawkins, 2017), potentially leading to increases in the relative abundance of taxa commonly associated with urban catchments (e.g., Gastropoda, Chironomidae, and Culicidae; Clark et al., 2004; Kefford et al., 2007; Herbst et al., 2019). Importantly, several studies have found that water chemistry, specifically TDS, can play at least as large a role as physical habitat factors in shaping macroinvertebrate communities (Chatzinikolaou et al., 2006; Mangadze et al., 2019).

Collectively, these results suggest that there is an elaborate set of hydrogeomorphic-, chemical-, and habitat-related environmental filters that controls the abundance and composition of emergent aquatic insect fluxes into the riparian zone. Thus, future research should delve further into mechanisms that target the interaction of multiple stressors on emergent aquatic insect assemblages in streams to parse out which factors to prioritize in restoring stream systems, and in particular relative to streams undergoing urbanization.



Riparian Tetragnathid Spiders

Tetragnathidae ADE ([image: image] = 0.36) was higher than that found in some studies in the region [e.g., [image: image]0.24 (large river; Tagwireyi and Sullivan, 2015); [image: image]0.16 (small streams; Sullivan et al., 2019)] though lower than that found in others ([image: image] = 0.50; large river; Kautza and Sullivan, 2016). TP ([image: image] = 2.85) was more similar to that found in similarly-sized systems in the region [e.g., [image: image]3.16 (large river; Tagwireyi and Sullivan, 2015) vs. [image: image]2.66 (small streams; Sullivan et al., 2019)].

Partially in line with our expectations, we observed that tetragnathid TP was positively associated with sinuosity and tetragnathid ADE was positively associated with width-of-floodprone area (Table 3 and Figure 5). Sinuosity typically decreases (resulting in a more channelized stream) as imperviousness increases (Booth and Jackson, 1997; Pizzuto et al., 2000; Cianfrani et al., 2006), which would also decrease the lateral area within the stream valley with which the stream interacts (i.e., decreasing width-of-floodprone area). The surface area available to interact with a recipient environment is critically important for determining the magnitude of a cross-ecosystem energetic flux (Gratton and Vander Zanden, 2009) and here may have directly impacted tetragnathid spiders’ ability to access instream energy resources.

Reduced sinuosity (i.e., channelization) is also often associated with increased habitat homogeneity (Eitzmann and Paukert, 2010), lower densities of aquatic macroinvertebrates (Kennedy and Turner, 2011), decreased aquatic-terrestrial fluxes of emergent aquatic insects, and reduced riparian spider density (Laeser et al., 2005; Kennedy and Turner, 2011). Here, we saw that emergent aquatic insect family richness, % EPT, ADE, and emergence rate all increased in concert with sinuosity, pointing to shifts in the emergent aquatic insect community as a likely mechanism underlying the observed increases in tetragnathid TP in response to increasing sinuosity (Figure 4D). Overall, we saw that sinuosity and width-of-floodprone area impact emergent aquatic insects and tetragnathid spiders directly via shifts in habitat quality and availability as well as by moderating the exchange of energetic resources between the terrestrial and aquatic environments. These results suggest that increased stream-floodplain physical connectivity (e.g., increased sinuosity, width-of-floodprone area; decreased entrenchment and incision ratios) may benefit tetragnathid spider assemblages (and likely other riparian consumers) by increasing aquatic-terrestrial energetic connectivity in the form of greater or more beneficial emergent aquatic insect subsidies.

Tetragnathid density was highest in greatest entrenched, low gradient, fine-grained stream reaches (Table 3 and Figure 4C). Low slopes, small median sediment particle sizes, and high entrenchment ratios are typical characteristics of impaired streams (Booth and Jackson, 1997; Pizzuto et al., 2000; Walsh et al., 2005). Slope was highly correlated with shear stress in our study reaches. Both metrics are normally good predictors of benthic invertebrate distributions (Statzner et al., 1988), taxonomic richness, and community composition (Merigoux and Doledec, 2004). Slope and shear stress also play a role in determining D50 (Ward and Trimble, 2004). D50 can strongly influence aquatic macroinvertebrate communities, with increasing D50 associated with an increase in hyporheic invertebrate taxa (Xu et al., 2012), while also playing some role in determining benthic invertebrate distributions, richness, and the relative proportion of functional feeding groups (e.g., filterer-collectors; Merigoux and Doledec, 2004). Although neither slope nor D50 was found to be strong a predictor of emergent aquatic insect assemblage attributes in our study, our CCA results show that several taxa (e.g., Phoridae, Heptageniidate, and Hydropsychidae) increased in relative abundance as D50 increased across our study reaches (Figure 2), suggesting the potential for subtle shifts in emergent aquatic insect assemblages that may have not been detectable at the taxonomic resolution used here. Tetragnathid density was likely highly influenced by indirect impacts of hydrogeomorphic alterations on emergent aquatic insect assemblages, most importantly the impact of increasing slope on shear stress (as a hydraulic stressor for macroinvertebrate assemblages) and D50 (as an indicator of benthic habitat quality).



Emergent Aquatic Insect – Tetragnathidae Relationships

Tetragnathid ADE’s negative association with % Chironomidae (Table 3 and Figure 5) is in line with results from similar studies (Gratton et al., 2008; Alberts and Sullivan, 2016). In addition, tetragnathid ADE tracked emergent aquatic insect ADE, and tetragnathid δ13C tracked emergent aquatic insect δ13C (Figure 3), indicating tetragnathid reliance on the flux of emergent aquatic insects as a nutritional resource. This trophic relationship is widely recognized (Kato et al., 2004; Speir et al., 2014; Tagwireyi and Sullivan, 2015). The reliance on emergent aquatic insects by spiders in our study system further supports a mechanism by which urban-induced hydrogeomorphic change (i.e., instream and riparian alterations) leads to altered tetragnathid riparian spider density and trophic dynamics via shifts in the emergent aquatic insect assemblages. Tetragnathid TP, however, did not display a strong relationship with emergent aquatic insect TP, perhaps due to the additional influence of stream hydrogeomorphology on terrestrial arthropods that may also be prey for tetragnathid spiders and that may also use aquatically derived resources (e.g., Paetzold et al., 2008; Albertson et al., 2018). This mechanism would suggest that stream hydrogeomorphology can impact riparian spiders through multiple biotic pathways. Future work should investigate this hypothesis using terrestrial arthropod data collected from these or similar study reaches.

Both tetragnathid spider and emergent aquatic insect attributes shifted in response to similar hydrogeomorphic variables (Figure 5), with some mechanisms suggesting that tetragnathid responses are driven by shifts in aquatic-to-terrestrial prey subsidies. However, differences in tetragnathid density and emergent assemblage responses imply that tetragnathid assemblages are also heavily influenced by physical habitat variables. Alterations to stream-riparian food-web structure of urban streams appear to be multivariate and complex, with hydrogeomorphic change working through multiple avenues (e.g., altering energy flux, physical habitat) to affect the distribution, composition, and feeding habits of both instream and riparian biota. These findings have consequential implications for not just ecosystem stability and function of streams, but also contaminant export to terrestrial environments, as emergent aquatic insects are a major vector of contaminants, and can move into larger, more mobile consumers that can potentially transfer contaminants to uplands (Sullivan and Rodewald, 2012; Muehlbauer et al., 2014; Rowse et al., 2014).

The complexity of the interactions observed here may explain a previously observed weak relationship between fluvial geomorphic features and the aquatic-terrestrial transfer of contaminants in a subset of these stream reaches (Sullivan et al., 2016), as it was not solely emergent aquatic insects driving hydrogeomorphic-Tetragnathidae linkages, but also complex interactions with habitat quality and availability. Developing a better understanding of how catchment land use shapes these interactions may help develop management and restoration plans that address the complicated physicochemical-biotic alterations and feedbacks that have the potential to destabilize stream ecosystems and impair environmental quality. Incorporating rapid geomorphic assessments (e.g., Sullivan et al., 2006; Sullivan, 2012) that evaluate fluvial geomorphic condition, including stream-floodplain connectivity and expanding macroinvertebrate assessments to include emergent aquatic insects may yield better information on the functioning of impaired stream systems and provide an improved understanding of avenues toward stream and riparian restoration, especially in urban catchments.
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Models with AICc < 2 and the null model are displayed. TR trophic position; ADE, reliance on aquatically derived energy, expressed as a proportion; TDS, total dissolved
solids; % Chiro, % of individuals of the family Chironomidae in the emergent insect community; emergence rate, rate of emergence flux (no. m~2 day*1 ). Null models

shown for reference.
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TR trophic position; ADE, reliance on aquatically derived energy, expressed as a proportion. EPT, Ephemeroptera, Plecoptera, Trichoptera. "Emergent” refers to emergent
aquatic insect flux. “Transformation” refers to the transformation applied to predictor variables. “Best Distribution” refers to the distribution specified in the model for
response variables (i.e., with hydrogeomorphic variables as predictors). Note that emergent insect variables were used as both predictor (i.e., for tetragnathid spiders)
and response variables. “—” for “Transformation” indicates that a variable was not used as a predictor variable in any models. *=” for “Best Distribution” indicate that a
variable was not a response variable in any models. “Log” for “Best Distribution” indicates the use of a log link in gim.
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% Chiro, % of individuals of the family Chironomidae in the emergent insect community; TDS, total dissolved solids; ADE, reliance on aquatically derived energy, expressed
as a proportion. Trophic position and ADE were calculated using pooled, mean $'3C and 8'°N for all functional feeding groups and families of emergent aquatic insects
at each study reach. Null models shown for reference.
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