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Effective Management of Closed Hypereutrophic Estuaries Requires Catchment-Scale Interventions
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Increased nutrient loading associated with rapid population growth is the leading cause of deteriorating water quality in urbanized estuaries globally. Small estuaries are particularly sensitive to changes when connection with the marine environment is restricted, or lost, because of high water retention. The temporarily closed Hartenbos Estuary (South Africa) is an example of how such pressures can culminate in a severely degraded ecosystem. Wastewater treatment work (WWTW) discharges introduce substantial volumes of freshwater (8,000 m3 d–1) and nutrient loads (38 kg DIN d–1 and 22 kg DIP d–1) into this estuary. This constant inflow has necessitated frequent artificial breaching (inducing alternating states) of the estuary mouth to prevent flooding of low-lying developments and, occasionally, to mitigate against extreme events such as fish kills and sewage spills. This study investigated the efficacy of artificial mouth breaching practices in eliciting responses in selected abiotic and biotic parameters. Microalgal (phytoplankton and benthic diatoms), benthic macrofauna and fish community dynamics were assessed in response to mouth state and water quality conditions using a seasonal monitoring programme. The hypereutrophic nature of the Hartenbos Estuary was highlighted by persistent high-biomass phytoplankton accumulations (>100 μg Chl-a l–1), extreme dissolved oxygen conditions (0.4–20.5 mg O2 l–1) and the predominance of harmful algal bloom (HAB) events comprising Nannochloropsis sp. and Heterosigma akashiwo. Artificial breaching of the mouth facilitated limited tidal exchange and occurred approximately bimonthly once water levels exceeded 1.9 m above mean sea level (MSL). Current pressures and management interventions have culminated in an ecosystem void of natural fluctuations and instead characterised by low diversity and shifts between undesirable states. This is highlighted by the near year-round dominance of only a few opportunistic species/groups tolerant of adverse conditions (e.g., Nannochloropsis sp., Halamphora coffeiformis, oligochaetes, estuarine round herring Gilchristella aestuaria, and southern mullet Chelon richardsonii). Therefore, catchment-scale interventions such as the diversion of WWTW discharges and restoration of hydrodynamic variability are management priorities for improving the health and biodiversity of small, closed microtidal systems such as the Hartenbos Estuary.
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INTRODUCTION

The issue of coastal eutrophication has been researched extensively (Nixon, 1995; Cloern, 2001; Bricker et al., 2008; Le Moal et al., 2019; Lemley and Adams, 2019; Malone and Newton, 2020) due to its worldwide prominence and close linkages with anthropogenic global change pressures (e.g., nutrient enrichment, warming, hydrological modifications). The eutrophication process is driven by an increased rate of supply of nutrients and organic matter that stimulates excessive primary producer growth, which, in turn, causes an array of indirect and undesirable secondary responses, such as oxygen depletion, harmful algal blooms (HABs), habitat loss, reduced biodiversity, and trophic restructuring. The variety of manifestation pathways related to eutrophication is diverse and complex, often culminating in drastic, potentially irreversible, shifts to the structure and functioning of coastal ecosystems, i.e., alternate states (Duarte et al., 2015). Estuaries are particularly susceptible to such perturbations because of their positioning at the nexus between terrestrial and marine exchanges that facilitates inherent spatiotemporal variability regarding physical, chemical, and biotic properties along the salinity gradient (Cloern et al., 2017). Thus, the continued deterioration of coastal and estuarine ecosystems has led to widespread restoration efforts that aim to alleviate the pressures that cause degradation (Duarte and Krause-Jensen, 2018; Boesch, 2019; Le Moal et al., 2019). Such efforts, typically centred around a combination of nutrient reduction strategies and engineering solutions, tend to emanate from legal policies (e.g., Clean Water Act, United States; Water Framework Directive and Marine Strategy Framework Directive, Europe; National Water Act, South Africa) that prompt management interventions when an ecosystem is classified as being in an undesirable condition (Lemley and Adams, 2019). Successful abatement of eutrophication is complicated by shifting ecological baselines and the dissimilar trajectories of ecosystem degradation and recovery (Duarte et al., 2015). Recovery typically requires a greater reduction in pressure compared to that which initiated degradation to reduce or remove negative feedback loops (e.g., internal nutrient loading, altered food webs) that act to maintain the degraded state. This was exemplified by Duarte et al. (2009) that highlighted the convoluted recovery trajectories, and inability to return to past norms, of four European estuaries that underwent significant nutrient load reductions (oligotrophication). This highlights the importance for scientists and managers to consider any environmental changes that have occurred relative to natural conditions (or desired states) when setting restoration targets. Moreover, the recovery of estuarine ecosystems is closely linked to the (1) severity of the disturbance/pressure, and (2) degree of connectivity with adjacent healthy ecosystems.

Microtidal estuaries (tidal range <2 m) that occur in low rainfall climates are prone to periods of prolonged water residency and mouth closure (i.e., ranging from weeks to years) that promotes accumulation of contaminants and, thus, increased susceptibility to anthropogenic pressures (Warwick et al., 2018; Adams et al., 2020). This heightened sensitivity to global change perturbations, compared to well-flushed estuaries with increased marine connectivity, occasionally necessitates the implementation of unique management interventions geared toward mitigating the frequency and severity of deleterious events (e.g., HABs, oxygen depletion, fish kills). Similar to other Mediterranean-like regions (e.g., Australasia, Portugal, California and Texas, United States), small microtidal estuaries with intermittent marine connectivity represent the numerically dominant ecosystem type in South Africa, with >75% of the 290 estuaries classified as either temporarily or predominantly closed (van Niekerk et al., 2020). Of these systems, approximately 30% have been classified as being under high to very high pollution pressure, mainly stemming from wastewater treatment work (WWTW) discharges, agricultural return flows, and urban runoff (van Niekerk et al., 2019; Adams et al., 2020). Unlike developed regions where restoration efforts have been widely adopted and implemented, these anthropogenic nutrient pressures are currently increasing in South Africa. The resultant degradation of estuarine health, together with floodplain development and altered freshwater inflow patterns, has also increased the occurrence of mouth manipulation interventions (van Niekerk et al., 2019).

The potential efficacy of artificial mouth breaching as a management approach to improve water quality in South Africa is justified by enhanced tidal exchange (increased salinity), decreased nutrient concentrations, and dilution of micro- and macroalgal biomass (Human et al., 2016; Lemley et al., 2019). However, premature (low water level) and mistimed (unseasonal) breaching is a concern given that it inhibits the flushing potential and enhances sedimentation. The hypereutrophic Hartenbos Estuary is an example of a small, high-retention South African system that is subject to prolonged periods of mouth closure, significant nutrient pressures, freshwater inflow alterations, and regular mouth manipulation (Lemley et al., 2015). These anthropogenic perturbations have resulted in an ecosystem characterised by excessive primary producer biomass, reduced biodiversity, hypoxic conditions, and intermittent mass fish mortality events. Thus, it provides a suitable case study from which to investigate the management interventions required to improve and/or restore ecosystem functionality in similar heavily degraded microtidal systems. Accordingly, this study aimed to assess whether existing mouth breaching practices are an adequate long-term solution to achieve desirable responses in selected water quality parameters and biotic communities.



MATERIALS AND METHODS


Study Area

Classified as a large temporarily closed system, the Hartenbos Estuary is located along the warm temperate south coast of South Africa, with the mouth (34°7′2.69″S; 22°7′27.12″E) situated approximately 9 km northeast of Mossel Bay (Figure 1; van Niekerk et al., 2019). The restricted nature of the inlet allows for only periodic marine connectivity via semidiurnal microtidal (≤1 m) exchanges with the adjacent Indian Ocean. With a relatively small catchment (170 km2) and open water (42 ha) area (van Niekerk et al., 2015), the Hartenbos Estuary is approximately 4 km in length and is characterised by shallow water depths (<0.5–2 m). The system has undergone substantial anthropogenic manipulation in recent history, dating back to 1970 when the construction of the Hartebeeskuil Dam, with a total storage capacity of 7.2 × 106 m3, was completed (Bickerton, 1982). Following its construction, the dam water was declared unsuitable for human consumption or irrigation purposes due to the brackish nature of the springs in the Hartenbos catchment. Thus, despite minimal allocations for livestock watering, the Hartebeeskuil Dam serves as a major freshwater obstruction to the downstream estuary, culminating in a poorly flushed ecosystem with little hydrodynamic variability and a loss of natural ecosystem functionality. This lack of natural dynamism was further confounded by the Hartenbos Regional WWTW that became operational in 1986, despite evidence highlighting the potential for deleterious consequences (Bickerton, 1982). At present, the Hartenbos WWTW employs activated sludge, biological nutrient removal, and screw press dewatering technologies to treat sewage (Department of Water Affairs, 2012). Situated within the estuarine functional zone (Figure 1), the Hartenbos WWTW is estimated to discharge 5.3 × 106 m3 of mostly treated effluent to the Hartenbos Estuary annually (Lemley et al., 2014). This volume exceeds both the natural (4.6 × 106 m3) and present-day (2.8 × 106 m3) mean annual runoff estimates for the catchment (van Niekerk et al., 2019). These WWTW discharges contribute disproportionately high dissolved inorganic nitrogen (38.3 kg DIN d–1), and phosphorus (21.5 kg DIP d–1) loads to the estuary, particularly given the small size and predominantly closed nature of the system (Lemley et al., 2014). These WWTW inputs, together with the pressures associated with the surrounding urban (e.g., stormwater drains) and agricultural (e.g., fertilizer application) developments (Figure 1), have resulted in the Hartenbos Estuary being classified as persisting in a predominantly hypereutrophic condition (Lemley et al., 2015). Additionally, the estuary inlet has been artificially breached at lower than natural water levels for decades, resulting in a loss of scouring potential during breaching and potentially contributing to the shallow depths in the lower reaches. The near steady-state inflow of nutrient-rich WWTW effluents has necessitated the formulation and adoption of an expanded mouth management protocol that enables the management authority to breach the mouth when water levels exceed 1.9 m mean sea level (MSL) to prevent flooding of surrounding developments and/or in response to extreme events (e.g., fish kills, sewage spills).
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FIGURE 1. Distribution of the sampling stations, wastewater treatment works (WWTW), and urban developments within the estuarine functional zone (EFZ) of the temporarily closed Hartenbos Estuary, South Africa.




Sampling Design

Five sampling surveys were conducted during the period from February 2019 to January 2020 to characterise the variability of selected abiotic and biotic parameters in the Hartenbos Estuary in response to management interventions (e.g., artificial mouth breaching). The seasonal sampling programme encapsulated each of the distinct mouth conditions typical of temporarily closed estuaries in South Africa (sensu Snow and Taljaard, 2007), namely: open (February 26, 2019), semi-closed (i.e., open at high tide, closed at low; May 04, 2019 and January 25, 2020) and closed (July 16, 2019 and September 18, 2019). During each survey, samples were collected at five fixed locations along the length of the estuary (Figure 1) to assess the spatial variability typical of transitional waters. Of the selected parameters, abiotic (physico-chemistry, inorganic nutrients) and microalgal (phytoplankton, benthic microalgae) components were assessed on each sampling date, while fish and macrobenthic fauna data were not available for the first (February 26, 2019; open) and last (January 25, 2020; semi-closed) surveys, respectively. However, despite this, the available data for each component is representative of each season.



Abiotic Variables

Water level data, encompassing the period from January 24, 2019 to January 25, 2020, were obtained from the Department of Water and Sanitation (DWS), South Africa. The monitoring station (K1T010) is located in the mid- to lower reaches (near to Site 2) of the estuary (34°07′02.0″S; 22°06′59.0″E) and the data it records is used by the local management authority as an indicator (water level ≥1.9 m MSL) to initiate the enactment of a mouth management protocol that provides pre-approval for breaching. On each sampling occasion, in-situ depth-interval measurements of abiotic parameters, taken at 0.5 m increments from surface to bottom-waters, were recorded at the fixed sampling localities using a YSI ProDSS multiparameter water quality meter. These included salinity, water temperature (°C), dissolved oxygen (mg l–1), pH, and turbidity (FNU). Water samples for inorganic nutrient analyses were collected at each site using a weighted pop-bottle at specified depths, i.e., surface (0 m), 0.5 m (when water depth ≥1 m), and near-bottom. Samples were filtered onboard through hydrophilic polyvinylidene difluoride (PVDF) 0.47 μm pore-size syringe filters and placed into acid-washed polyethylene bottles before being frozen. Orthophosphate (PO43–), ammonium (NH4+) and total oxidised nitrogen (NOx = NO3– + NO2–) concentrations were determined using standard spectrophotometric methods (Bate and Heelas, 1975; Parsons et al., 1984). Subsequently, inorganic nutrients were categorised as dissolved inorganic nitrogen (DIN = NH4+ + NOx) and phosphorus (DIP = PO43–) and expressed in mg l–1.



Biotic Communities

Multiple biotic communities (i.e., primary producers, consumers) were selected as indicators to provide a robust assessment of estuary health (O’Brien et al., 2016) in response to mouth breaching events. Taxa were identified to the minimum taxonomic resolution required to adequately describe community patterns and responses to changes in water quality and hydrological conditions (see Garmendia et al., 2013; Lemley et al., 2019; Gerwing et al., 2020; Ribeiro et al., 2020).

Water samples for phytoplankton analyses were collected concomitantly with those for inorganic nutrient analyses. Phytoplankton biomass, measured as chlorophyll-a concentration (expressed as μg Chl-a l–1), was determined by filtering replicate samples of a known volume of water (ranging from 100 to 250 ml) through 1.2 μm pore-sized glass-fibre filters (Munktell© MGC). The filters were then placed in aluminium foil and frozen prior to analysis. Once in the laboratory, chlorophyll-a was extracted by placing thawed filters into glass scintillation vials with 10 ml of 95% ethanol (Merck© 4111) for 24 h in a cold (ca. 2°C), dark room. Thereafter, any suspended particles were removed by re-filtering the extracts. Next, the absorbance of the cleared extracts, before and after acidification with 1N HCl, was read using a Thermo ScientificTM GENESYSTM 10S UV–Vis spectrophotometer at a wavelength of 665 nm. Chlorophyll-a concentration was calculated using the equation set out in Snow et al. (2000) that was derived from Nusch (1980). For the purposes of phytoplankton identification and enumeration, depth-interval water samples were fixed with 25% glutaraldehyde solution (Sigma-Aldrich® Chemicals G5882) to a final concentration of 1% (by volume). Next, 10 ml of each fixed sample was placed into 26.5 mm diameter Utermöhl chambers and allowed to settle for 24 h before identification and enumeration (cells ml–1; as per Snow et al., 2000) were conducted using an inverted Leica DMIL phase contrast microscope at a magnification of 630×.

Benthic microalgal communities were sampled along the adjacent shoreline at each of the five sampling stations. Microphytobenthic (MPB) biomass (expressed as mg Chl-a m–2) was determined by collecting four replicate sediment samples (two cores per replicate) from the subtidal zone (0.3–0.5 m depth) using a Perspex twin-corer with an internal diameter of 20 mm. Samples were placed into acid-washed polypropylene specimen containers and frozen prior to analysis. The determination of MPB biomass followed a similar procedure described for phytoplankton biomass, with the only differences being related to the extraction process, i.e., 15 ml of 95% ethanol (Merck 4111) added to the samples and extraction for 6 h (Brito et al., 2009). Samples for benthic diatom community analyses were collected from surface sediments (top few millimetres) in the subtidal zone at each site and living diatoms were harvested using the cover slip method (Bate et al., 2013). The process of diatom preparation for identification was performed according to the method described by Taylor et al. (2005). A minimum of 400 diatom valves were counted using a Zeiss Axioplan light microscope with Differential Interference Contrast (DIC) optics at a magnification of 1000×.

Subtidal macrobenthic fauna were collected at each of the five localities that benthic microalgae samples were collected. A 30 cm2 van Veen stainless steel grab was pushed into the sediment to a maximum depth of 5 cm and triplicate sediment cores were placed in a 20 L bucket (Teske and Wooldridge, 2001). Estuary water was then added, and the sediment homogenised and suspended by swirling (Pillay and Perissinotto, 2008). The suspension was poured through a 500 μm mesh whereafter the process of adding water and resuspension was repeated at least three times until only sediment and large inorganic matter remained in the bucket, which was then rinsed over 2 mm mesh in a box sieve (Pillay and Perissinotto, 2008). The rinsed sample on the 500 μm mesh and any macrofauna (e.g., molluscs) retained in the box sieve were placed into acid-washed plastic bottles with 250 ml of estuary water containing 5% formalin (preservative) and Phloxin-B (pink tissue stain to facilitate invertebrate sorting) (Teske and Wooldridge, 2001; Pillay and Perissinotto, 2008). In the laboratory, each sample was rinsed homogenously onto a 22 cm diameter 500 μm sieve. Random sub-sampling by weight, following the techniques of Glozier et al. (2002), occurred when large amounts of non-invertebrate organic matter were present or if macroinvertebrate counts were large (>1,000 per taxon). The entire or sub-divided sample was sorted in a large tray with a small volume of water added and each specimen was isolated, identified to at least class level, and counted such that abundance could be reported as count per square meter of benthic sediment.

Seine nets, which capture juvenile and smaller species, were deployed to sample the fish community in the Hartenbos Estuary. The seine net was 30 m long and 2 m deep, with a 15 mm bar mesh and a 5 mm bar mesh in the middle 10 m that includes the cod-end. Deployments occurred in the littoral habitats at the five sampling stations during daylight hours. The seine net was deployed from a dinghy in a semi-circle formation and subsequently hauled to shore by four people, i.e., the mean area swept per haul was 160 m2. Fish collected in the seine nets were placed into buckets of estuarine water and then sorted to the lowest taxonomic level. Once the fish were identified, they were returned alive to the system. Fish species were categorised into guilds based on their dependency on estuaries using the international estuarine functional guild classification proposed by Potter et al. (2015), using Whitfield (2019) as a guide for fishes occurring in South African estuaries. For comparison, regular fish surveys of two nearby estuaries the Klein Brak (4 km N) and similarly sized Groot Brak (12 km N) were co-ordinated to overlap with the Hartenbos trips.



Data Analysis

All statistical analyses and graphical illustrations were performed in the R environment (version 3.6.1, R Core Team, 2020). The “vegan” package was used to calculate the effective number of species (ENS) for each of the biotic communities based on species/group abundance. The ENS is the number of equally abundant species required to produce a particular value of a given index; in this case, Shannon’s H′ index, where ENS = exp(H′) (Jost, 2006). The ENS metric is a standardised measure of true species diversity and is more robust against sampling and statistical issues than species richness and other diversity metrics that are related to entropy (uncertainty) (Jost, 2006). This unified approach provides an effective means of interpreting the effect of ecological drivers on biodiversity (Chase and Knight, 2013; Rishworth et al., 2020). Non-metric multidimensional scaling (NMDS) was applied (“vegan” package) to abundance data for phytoplankton, benthic diatom, benthic macrofauna, and fish groups/species to illustrate the variation in community structure between different mouth conditions. A three-dimensional solution (k = 3) was chosen to reduce high stress values. Additionally, selected environmental vectors (salinity, water temperature, dissolved oxygen, pH, turbidity, DIN, DIP, and halocline extent) were fitted (permutations = 999) to the NMDS plots to assess which variables best explain (squared correlation coefficient, r2) community assemblage variance. The Shapiro–Wilk W test was used to evaluate data normality. The interactions between selected abiotic and biotic parameters were evaluated using the non-parametric Spearman’s rank correlation. All analyses were tested at a significance level of α < 0.05.




RESULTS


Abiotic Variables

Water level in the mid- to lower reaches of the Hartenbos Estuary ranged from 0.98 to 2.03 m MSL throughout the study period (Figure 2A). Estuarine water levels display a largely cyclical pattern, with breaching events occurring approximately bimonthly due to the consistent nature of effluent discharges entering the system from the Hartenbos WWTW. A total of 7 authorised breaching events occurred in 2019, including: February 18, April 18, June 14, August 01, September 04, October 10, and December 11. As outlined in the mouth management protocol, the majority of these breaching events were initiated during spring tides (i.e., maximum tidal exchange) once estuarine water levels exceeded 1.9 m MSL. The open mouth conditions and semidiurnal tidal variability observed (Figure 2B1) during the first sampling interval (February 2019) highlight the efficacy of this approach. Mouth manipulations at water levels below the prescribed guideline (≥1.9 m MSL) occurred on September 04 (1.78 m MSL) and December 11 (1.81 m MSL) and were initiated in response to a mass fish mortality event and socio-economic requirements (holiday season), respectively. Notably, the reduced water levels during excavation of the inlet on September 4, 2019 occurred on a neap tide, which prevented tidal exchanges and facilitated rapid mouth closure (Figure 2B4). Similarly, an unauthorised mouth breaching event took place on January 3, 2020 (1.61 m MSL) at very low water levels during a neap tide and subsequently closed 5 days later. The estuarine inlet breached again approximately 2 weeks later (1.72 m MSL), reportedly in response to overwashing from the adjacent coastal environment and rainfall in the hardened lower catchment (stormwater runoff). However, the moderate water levels prior to this natural breaching event culminated in perched, semi-closed mouth conditions prevailing, with seawater only overwashing during high tides (Figure 2B5). High water levels at breaching are required to facilitate scouring of accumulated sediments, thus enabling prolonged periods of open mouth conditions thereafter. The importance of adequate water levels prior to breaching was highlighted by a period of prolonged marine connectivity during October 2019 when an effective breaching event (>2 m MSL; October 10) coincided with spring storm tides (max. 1.96 m MSL; October 27). While semi-closed and closed mouth conditions are not easily distinguished from each other, the water level dataset indicates that periods of marine connectivity (i.e., daily water level amplitude ≥10 cm) only occurred for 12.3% of the study period.
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FIGURE 2. Six-minute interval water level variability (A) recorded throughout the study period (January 24, 2019 to January 25, 2020) at DWS Station K1T010 situated near Site 2 (see Figure 1). Short-term fluctuations are indicated for each of the sampling occasions, i.e., February 2019 (B1), May 2019 (B2), July 2019 (B3), September 2019 (B4), and January 2020 (B5). A 14-day period prior to the sampling date was chosen for this to represent a full tidal cycle that would encapsulate any overwashing events during closed mouth conditions. Sampling intervals (*) are demarcated according to the degree of mouth connectivity with the marine environment on the day of sampling; including open (blue), semi-closed (green), and closed (red) mouth conditions.


The restricted nature of tidal exchange in the Hartenbos Estuary was highlighted by the predominance of meso- (salinity: 5–18) and polyhaline (18–30) conditions throughout the study period (Figure 3). The open mouth phase was characterised by largely homogenous polyhaline conditions (21.1 ± 3.0), while mesohaline conditions (11.5 ± 3.7) were typical of the closed mouth phase (i.e., dominant state under present conditions). Sampling dates classified as exhibiting semi-closed mouth conditions were dissimilar, with polyhaline and mesohaline conditions observed during the May 2019 (19.0 ± 3.9) and January 2020 (8.9 ± 3.1) intervals, respectively. The reduced salinity and limited intrusion of seawater observed during the January 2020 sampling interval can be attributed to the unauthorised breaching event that occurred 3 weeks prior, when estuarine water levels were low (1.61 m MSL) (Figure 2A). Vertical salinity profiles, hereafter referred to as the halocline (i.e., difference between bottom and surface salinity), were observed in the middle reaches (Sites 2–4) during both semi-closed sampling intervals and the closed mouth conditions in September 2019 (Supplementary Table 1). The degree of stratification varied between these dates, i.e., May 2019 (8.0 ± 1.5), September 2019 (9.7 ± 4.5) and January 2020 (3.9 ± 2.6). Notably, continuous freshwater discharges from the Hartenbos WWTW were evidenced by distinct haloclines in the upper reaches (Site 5) on all sampling occasions (Supplementary Table 1).
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FIGURE 3. Physico-chemical [salinity, water temperature, dissolved oxygen, pH, and turbidity (FNU)], inorganic nutrients [dissolved inorganic nitrogen (DIN) and phosphorus (DIP)] and phytoplankton biomass (chlorophyll-a) variability recorded on each sampling occasion. The degree of estuary connectivity with the marine environment on each sampling date is indicated, i.e., open (blue), semi-closed (green), and closed (red) mouth conditions. Boxplots represent median values (solid line), interquartile range (IQR = 25th and 75th percentiles; box), ± 1.5 × IQR (whiskers), and outlier values.


Due to the shallow nature of the system, water temperature reflected typical climatic seasonal variations, with the highest temperatures recorded in summer (February 2019: 25.8 ± 1.7°C; January 2020: 25.0 ± 1.5°C) and the lowest in winter (July 2019: 16.1 ± 1.2°C). Additionally, moderate conditions were typical of the autumn (May 2019: 18.2 ± 1.5°C) and spring (September 2019: 20.5 ± 1.6°C) sampling intervals. Surface waters were predominantly warmer than bottom-waters yet typically displayed only marginal fluctuations (thermocline gradient <2°C) due to the shallow-nature of the estuary (Supplementary Table 1). Dissolved oxygen conditions were highly variable throughout the study period, ranging from near-anoxic (0.4 mg l–1; 5.4%) to supersaturated (20.5 mg l–1) levels. This represents a marked deviation from historical records that reported more stable dissolved oxygen conditions prior to 1982, i.e., ranging from 4.2 to 7.7 mg l–1 (Bickerton, 1982). Supersaturated surface waters (>18 mg l–1; >185%) were recorded during all sampling intervals representing closed and semi-closed mouth phases, while the open mouth phase (February 2019) was characterised by homogenous and well-oxygenated conditions (6.9 ± 0.9 mg l–1; 95.0 ± 11.6%). Instances of bottom-water hypoxia (<2 mg l–1) were recorded in the middle reaches in May 2019 (1.8 mg l–1 or 23.1%; semi-closed) and September 2019 (0.4–2.0 mg l–1 or 5.4–25.4%; closed) concomitant with marked haloclines. These fluctuations in dissolved oxygen conditions were primarily correlated with salinity (P < 0.001; r = −0.82) and phytoplankton biomass (P < 0.01; r = 0.44). Similarly, pH (P < 0.001; r = 0.63) and turbidity (P < 0.01; r = 0.37) were positively associated with increased chlorophyll-a concentrations. Severe hypereutrophic conditions (>100 μg Chl-a l–1; log10(x+1) = 2.0) were recorded throughout the study period, with the excessive magnitude thereof evidenced by the phytoplankton biomass maxima observed in February 2019 (178.8 μg l–1), May 2019 (2,209.6 μg l–1), July 2019 (1,039.0 μg l–1), September 2019 (523.9 μg l–1), and January 2020 (205.4 μg l–1). Furthermore, closed mouth conditions (580.1 ± 325.4 μg l–1) supported elevated and more widespread phytoplankton biomass levels compared to the semi-closed (226.8 ± 449.2 μg l–1) and open (136.7 ± 19.1 μg l–1) mouth phases. A similar trend was observed for pH, with more basic conditions recorded during the closed phase (9.7 ± 0.4) compared to periods of inlet connectivity (8.6 ± 0.4). Using a percentile-based approach (sensu Lemley et al., 2015), inorganic nutrients were classified as being in an overall “Poor” state (eutrophic) for dissolved nitrogen (DIN = 3.3 mg l–1) and phosphorus (DIP = 0.6 mg l–1). The autochthonous origin of DIN (i.e., WWTW inputs) was highlighted by an inverse correlation with salinity (P < 0.001; r = −0.47). Yet, despite surface water DIP concentrations typically increasing from the mouth to the upper reaches, indicative of WWTW inputs, an overall positive association (P < 0.001; r = 0.51) with salinity suggests bottom-water remineralisation processes as a key source.



Biotic Communities

A strong inverse correlation (P < 0.001; r = −0.90) was observed between total cell abundance and the ENS for the phytoplankton community (Figure 4). The ENS for phytoplankton was typically low (ca. 1) throughout the study period due to the prevalence of high-biomass and monospecific (>98% relative abundance [RA]; see Table 1) blooms of Nannochloropsis sp. (Class: Eustigmatophyceae), that ranged in abundance from 0.7 × 106 to 2.5 × 106 cells ml–1. During the semi-closed mouth interval in May 2019, a more diverse phytoplankton community was observed (ENS: 3.3 ± 1.1), despite the proliferation of a Heterosigma akashiwo (Class: Raphidophyceae) bloom (max. 7.7 × 105 cells ml–1) in the stratified middle reaches (Table 1). Accordingly, NMDS demonstrated shifts in phytoplankton community structure between the different mouth conditions (Figure 5A). The presence of a halocline was identified as a key variable explaining (P = 0.01; r2 = 0.34) phytoplankton composition during semi-closed mouth periods, while increased turbidity (P < 0.001; r2 = 0.51) and DIN availability (P = 0.04; r2 = 0.22) best explained assemblages during the closed mouth phase.


TABLE 1. Relative abundance (%; RA) of the dominant groups/species (min. ≥ 1%) observed for each biotic community along the length of the Hartenbos Estuary.
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FIGURE 4. The effective number of species (ENS) for each of the biotic communities–per sampling date–is indicated in the left-hand column, while a quantitative measure for each of these communities is presented in the right-hand column, i.e., phytoplankton (cells per ml), benthic diatoms (microphytobenthic chlorophyll-a), benthic macrofauna (individuals per m2), and ichthyofauna (fish per haul). The degree of estuary connectivity with the marine environment on each sampling date is indicated, i.e., open (blue), semi-closed (green), and closed (red) mouth conditions. Boxplots represent median values (solid line), interquartile range (IQR = 25th and 75th percentiles; box), ± 1.5 × IQR (whiskers), and outlier values.
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FIGURE 5. Non-metric multidimensional scaling (NMDS) plots (k = 3) of sampling stations based on phytoplankton [(A); stress = 0.05; non-metric fit, r2 = 0.998], benthic diatoms [(B); stress = 0.12; non-metric fit, r2 = 0.985], benthic macrofauna [(C); stress = 0.08; non-metric fit, r2 = 0.993], and fish [(D); stress = 0.10; non-metric fit, r2 = 0.990] group/species abundance, indicating the distinction between assemblages occurring during open (blue), semi-closed (green), and closed (red) mouth conditions.


Increased salinity (P < 0.001; r2 = 0.51) was highlighted as the environmental vector that best explains benthic diatom community structure during the open and semi-closed mouth phases (Figure 5B). Additionally, the ENS for benthic diatoms showed an inverse association (P = 0.03; r = −0.42) with microphytobenthos (MPB) biomass levels, which ranged from 11.3 to 181.3 mg Chl-a m–2. As such, the ENS for benthic diatoms (Figure 4) declined as tidal exchange became more restricted and MPB biomass increased, i.e., open mouth (8.2 ± 2.1) > semi-closed mouth (4.4 ± 3.0) > closed mouth (3.2 ± 0.4). During closed mouth periods, high pH conditions (P < 0.001; r2 = 0.82) and increased DIN concentrations (P < 0.01; r2 = 0.37) contributed to the reduced diversity of benthic diatom assemblages. The brackish Halamphora coffeiformis species was the most abundant (>50% RA) taxa recorded during all sampling intervals (Table 1). However, the abundance of H. coffeiformis decreased (<35% RA) during the open mouth phase, with other marine (e.g., Navicula agnita, Navicula duerrenbergiana) and brackish (e.g., Navicula dehissa, Navicula vandamii) species presiding in the lower and middle reaches. Diatom species classed as preferring freshwater conditions (e.g., Aulacoseira granulata, Navicula cryptotenelloides, Pseudostaurosira elliptica, Tryblionella apiculata) were confined to the middle and upper reaches during periods of restricted tidal exchange (Table 1), albeit in relatively low abundances (<15% RA).

Benthic macrofauna group diversity demonstrated little variability throughout the sampling period, with similar ENS values recorded during open (3.2 ± 0.7), semi-closed (3.3 ± 1.1), and closed (3.4 ± 0.8) mouth conditions (Figure 4). No correlation (P > 0.1) was observed between ENS and overall density, despite marked increases in benthic macrofauna counts during the open mouth phase (21,236 ± 16,470 indiv. m–2) compared to the closed (10,289 ± 8,318 indiv. m–2) and semi-closed (11,783 ± 4,559 indiv. m–2) periods. Moreover, NMDS highlighted significant overlap (Figure 5C) regarding the composition of macrofaunal assemblages between the designated mouth states, with only turbidity being highlighted as a vector potentially explaining (P = 0.06; r2 = 0.29) community variability. In terms of composition, Oligochaeta were the most abundant and frequently observed group along the length of the estuary on all sampling occasions (Table 1), while Chironomidae were present in the lower to middle reaches throughout. Amphipoda were abundant (>30% RA) in the middle and upper reaches, yet their abundance declined in May 2019 (semi-closed) concomitant with high-biomass accumulations of H. akashiwo in the middle reaches. Polychaeta were abundant (18–50% RA) in the mid- to upper reaches during periods of marine connectivity and declined during the closed mouth phase (<10% RA).

The fish community in the Hartenbos Estuary demonstrated low diversity throughout the study period (Figure 4). That said, marginal increases in the ENS were recorded during semi-closed mouth conditions (2.3 ± 0.9) compared to the closed phase (1.4 ± 0.5). Despite considerable overlap (Figure 5D), fish assemblages were best explained by higher salinity (P = 0.09; r2 = 0.23) and water temperature (P = 0.02; r2 = 0.37) during periods of marine connectivity (semi-closed), while increased turbidity (P = 0.02; r2 = 0.34) was a key factor shaping communities during periods of mouth closure. Mean fish catches (Figure 4) were similar during the closed mouth state (July 2019: 3,320 ± 2,479 fish haul–1; September 2019: 2,743 ± 4,245 fish haul–1) and more variable during the semi-closed sampling dates (May 2019: 818 ± 633 fish haul–1; January 2020: 4,408 ± 3,798 fish haul–1). The total number of fish species recorded on each sampling date ranged from 9 to 15, with a total of 17 throughout the study (Table 2). Of these, taxa categorised as being marine estuarine-dependent were the most frequent (but low in abundance), whilst species belonging to the marine estuarine-opportunist (e.g., southern mullet Chelon richardsonii) and freshwater estuarine-opportunist (Mozambique tilapia Oreochromis mossambicus) guilds were present during each sampling occasion. Two species, the estuarine round herring Gilchristella aestuaria (solely estuarine) and C. richardsonii, were abundant throughout the study period (Table 2). G. aestuaria was dominant (Table 1) in the middle and upper reaches of the estuary, particularly during mesohaline and closed mouth conditions (80–100% RA) (Figure 3). C. richardsonii was prevalent throughout the estuary during periods of marine connectivity, while its distribution was largely confined to the lower reaches during the closed phase. Yet, despite being abundant (33–94% RA) during the semi-closed phase in May 2019, the abundance of C. richardsonii declined (ca. 6% RA) in the middle reaches (Site 3) concomitant with biomass maxima of H. akashiwo. Lastly, the abundance of the Cape stumpnose Rhabdosargus holubi (marine estuarine-dependent) increased in the lower (39% RA) and middle (10% RA) reaches during semi-closed mouth conditions in January 2020.


TABLE 2. List of fish species recorded during each sampling interval and mouth condition (red, closed; green, semi-closed) categorised according to functional guilds, general feeding preferences, and relative abundance (*light grey: >0 but <10% RA; dark grey: ≥10% RA).

[image: Table 2]Of 37 fish species caught across all three estuaries, 17 were caught in the Hartenbos compared to 36 and 32 in the Klein Brak and Great Brak, respectively (Table 3). One was only caught in the Hartenbos Estuary, the freshwater estuarine-opportunist O. mossambicus, a translocated species. The number of species recorded per haul in the Hartenbos Estuary ranged from 4 to 10 species haul–1, with increased variability observed in the Klein Brak (1–17 species haul–1) and Great Brak (1–15 species haul–1) estuaries. Density ranged from 2,822 fish haul–1 in the Hartenbos to 243 fish haul–1 and 306 fish haul–1 in the Klein Brak and Great Brak, respectively. The large difference in catch between the Hartenbos and the other two estuaries was almost entirely due to the contribution (2,634 fish haul–1) of G. aestuaria and C. richardsonii in that system. This was also the reason that solely estuarine (G. aestuaria) and marine estuarine-opportunist (e.g., C. richardsonii) species comprised 93% of the Hartenbos fish catch compared to 46% in both the Klein Brak and Great Brak. Obligate marine estuarine-dependent and estuarine and marine guilds, in particular benthic species, were poorly represented (<5% of mean abundance) in the Hartenbos Estuary compared to the other two systems.


TABLE 3. Fish guild composition and abundance (%) in the Hartenbos and nearby Klein Brak and Great Brak estuaries sampled over the same study-period.
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DISCUSSION

In South Africa, national legislation recognises the inherent socio-economic and ecological importance of estuaries and necessitates the formulation of continually revised estuarine management plans (EMP) that set management objectives and guide effective implementation strategies (Adams et al., 2020). The considerable socio-economic value and long history of anthropogenic perturbations in the Hartenbos Estuary prompted the development of such an EMP, with the second generation thereof completed in 2018 (Mossel Bay Local Municipality, 2018). Some of the key management objectives identified in the Hartenbos EMP were to (1) restore a degree of estuarine functionality and health (e.g., re-establish natural flow regime, enhance tidal exchange), (2) improve water quality (e.g., WWTW discharges), (3) effectively manage mouth interventions, and (4) promote research and monitoring. Understanding baseline conditions and being cognisant of the fact that these shift with concurrent global change pressures is critical to establishing the efficacy of management measures in achieving these objectives (Duarte et al., 2009, 2015).

Artificial breaching of the Hartenbos Estuary mouth is the most frequently implemented practice geared toward addressing the EMP management objectives. The near bimonthly frequency of mechanical breaching highlighted in this study is necessitated by the continuous supply of nutrient-rich effluent discharges from the Hartenbos WWTW (Lemley et al., 2014). These WWTW inflows have facilitated the predominance of mesohaline and polyhaline salinity conditions (5–30) during all mouth states and represent a loss of the marine and hypersaline states that characterised the estuary prior to the WWTW becoming operational in 1986 (Bickerton, 1982). Additionally, augmented flow regimes have resulted in aseasonal mouth breaching at low water levels (i.e., to protect low-lying developments) that has led to increased sedimentation, restricted tidal exchanges, and premature mouth closure. This reduced flushing potential is further confounded by the loss of natural hydrodynamic variability that ensued after the construction of the upstream dam in 1970 (i.e., dam capacity exceeds mean annual runoff). The loss of freshwater inflow, together with steady-state WWTW inputs and premature breaching, have also impacted the seasonal recruitment signals to the marine environment. Such conditions culminate in an ecosystem with high accumulation potential and increased vulnerability to anthropogenic pressures (Warwick et al., 2018). Accordingly, the Hartenbos Estuary was shown to preside in a hypereutrophic state throughout this study, as evidenced by persistent and excessive (1) in-situ inorganic nutrient concentrations, (2) dissolved oxygen and pH fluctuations, (3) phytoplankton blooms, and (4) low trophic biodiversity. Despite partial restoration of the salinity gradient during periods of marine connectivity, increased tidal exchange only elicited responses in primary producer communities (increased diversity, community shifts), while consumer communities were less responsive. The severity of this state shift is highlighted by previous studies (James and Harrison, 2008; Lemley et al., 2014, 2015) that reported similar trajectories of ecological degradation in the system. This heavily utilised and managed estuary serves as a useful case-study for other comparable estuaries globally facing similar pressures.

High-biomass phytoplankton blooms (>100 μg Chl-a l–1) are at the forefront of eutrophication-induced symptoms in the Hartenbos Estuary. During this study, dense and largely monospecific (ENS ∼ 1) HABs of Nannochloropsis sp. dominated during well-mixed and/or prolonged water residency conditions, with peak biomass maxima (>1,000 μg Chl-a l–1) observed during the closed phase. Similar blooms of Nannochloropsis sp., albeit to a lesser extent, have been recorded in an intermittently open Australian estuary during the closed phase characterised by meso- to polyhaline conditions and significant internal nutrient loading (Scanes et al., 2020). Notably, despite enhanced tidal exchanges promoting increased phytoplankton diversity (ENS > 3) in the Hartenbos Estuary, a shift to a temporary alternate state was evidenced by an exceptional HAB of H. akashiwo (ca. 2,200 μg Chl-a l–1) in the polyhaline and stratified (i.e., well-defined halocline) middle reaches. This species has been shown to cause extensive, and potentially recurrent, HABs in brackish (meso- to polyhaline) and stratified waters of numerous predominantly open estuaries along the south coast of South Africa (Lemley et al., 2017). Nannochloropsis sp. and H. akashiwo are both considered non-toxic species, instead imparting harmful effects on the ecosystem indirectly through oversynthesis of growth phase by-products (e.g., reactive oxygen species, mucus) and facilitation of unfavourable abiotic conditions. During this study, the accumulation and subsequent collapse of an extensive Nannochloropsis sp. bloom caused a drastic shift in dissolved oxygen (supersaturated to near-anoxic) and pH (>10) levels that culminated in a mass fish mortality event on September 2, 2019. This prompted a breaching event at low water levels (1.78 m MSL) 2 days later (Figure 2), followed by rapid mouth closure and recolonisation of dense Nannochloropsis sp. blooms. The effects of the mucus-forming H. akashiwo bloom observed during this study were evidenced by supersaturated surface waters (>17 mg l–1), hypoxic bottom-waters (<2 mg l–1), reduced amphipod abundance, and HAB avoidance by the otherwise abundant marine estuarine-opportunist, C. richardsonii. Thus, although artificial breaching facilitates shifts in phytoplankton community composition, the continuous supply of nutrient-rich WWTW discharges maintains undesirable conditions irrespective of estuarine mouth condition.

Benthic diatom assemblages in the Hartenbos Estuary were primarily structured by salinity and water residency fluctuations. Periods of enhanced tidal exchange were characterised by increased species diversity, presence of marine taxa (lower reaches), and microphytobenthic (MPB) biomass dilution. Contrastingly, the onset of mouth closure elicited a reduction in diversity, MPB biomass accumulation, and the increased prevalence of freshwater species (upper reaches). Yet despite these responses, the overall degraded state of the benthic diatom community in the Hartenbos Estuary was exemplified by the persistently low diversity (ENS < 8, which equates to Shannon H′ < 2) and predominance of the brackish H. coffeiformis species throughout the study period. Moreover, high pH levels (>9) and increased internal nutrient loading (i.e., driven by extreme oxygen fluctuations; Bartoli et al., 2021) stemming from high-biomass HABs of Nannochloropsis sp. are likely responsible for contributing to the low benthic diatom diversity (ENS < 4) observed during the closed mouth phase. The hypereutrophic nature of the system is highlighted by the elevated benthic diatom diversity recorded in two less-impacted neighbouring temporarily closed estuaries, namely the Klein Brak (H′ > 3; oligotrophic) and Great Brak (H′ > 2.5; mesotrophic) estuaries (Lemley et al., 2015). Current pressures on the Hartenbos Estuary, such as WWTW inputs and premature mouth breaching, limit the extent of tidal exchanges and promote the dominance of opportunistic nutrient-tolerant taxa, thus, constraining benthic diatom diversity and colonisation by marine/freshwater taxa. These conditions may alter trophic relationships between benthic microalgae and primary consumers, with deposit-feeding benthic macrofauna and ichthyological taxa being limited by the dominance of less palatable and potentially harmful (Lassus et al., 2016) diatom species (e.g., H. coffeiformis).

Benthic macrofauna displayed consistently high density (mean > 10,000 indiv. m–2) and low group diversity (ENS < 3.5) throughout the study period. These observations support the hypothesis that small microtidal and intermittently closed estuaries are dominated by many individuals of few species (Teske and Wooldridge, 2001, 2003; Coelho et al., 2015) that are broadly euryhaline tolerant (Wooldridge and Bezuidenhout, 2016). Yet, similar to microalgal communities, the relatively stable community composition observed here represents opportunistic taxa with a high level of tolerance to adverse environmental conditions (e.g., extreme oxygen fluctuations, HABs). The ubiquitous presence of oligochaetes, chironomids, and polychaetes in this study is supported by the expected shift toward deposit feeding taxa that are tolerant of unstable eutrophic conditions characterised by high organic loads and instances of oxygen depletion. Their persistence and the near absence of burrowing crustaceans, such as Kraussillichirus kraussi (common sandprawn) that were previously abundant (Bickerton, 1982), suggests that recovery periods (tidal intrusion) are too short, reproduction is inhibited by low salinity (mesohaline), and that compensatory recruitment from the sea is limited. Similar observations from temporarily closed systems have been reported in the hypereutrophic Salgados Lagoon (Portugal; Coelho et al., 2015) and eutrophic Broke Inlet (Australia; Tweedley et al., 2012). Amphipods are considered sensitive to anthropogenic perturbations and are generally responsive to state changes, with increased abundance expected in healthier ecosystems (Dauvin, 2018). Thus, the constrained abundance of amphipods observed in this study–particularly during the HAB of H. akashiwo–is further suggestion of the degraded state of the Hartenbos Estuary. Mouth management practices that prompt salinity and tidal variability were shown to have little effect on benthic macrofauna assemblages, suggesting that other factors (e.g., sediment properties) need to be considered to explain fine-scale variability (Teske and Wooldridge, 2003). At the broad-scale, however, the relatively consistent community composition does not seem to mirror abiotic state shifts in the short term but instead differs when compared to similar South African ecosystems. For example, amphipods constitute the most abundant group in the oligotrophic East Kleinemonde Estuary during open and closed mouth conditions, while oligochaetes are largely absent (Wooldridge and Bezuidenhout, 2016). This reflects an overall state shift in the Hartenbos Estuary rather than a response at the level of management interventions.

Ichthyofaunal diversity and abundance are governed by mouth dynamics in temporarily closed estuaries and typically display lower diversity and increased abundance of estuarine resident species compared to permanently open systems (James et al., 2007). The fish community in the Hartenbos Estuary was characterised by low overall diversity, with marginal increases observed during semi-closed (ENS: 2.3 ± 0.9) compared to closed (ENS: 1.4 ± 0.5) mouth phases. A total of 17 species representing nine families were recorded during this study, with Mugilidae (5 spp.) and marine estuarine-dependant (8 spp.) taxa being the most numerically dominant (Table 2). G. aestuaria (solely estuarine) and C. richardsonii (marine-estuarine opportunist) dominated the catches in this study. Overall species richness was typically low throughout the study period (n ≤ 10), with the exception of the first closed mouth sampling interval in July 2019 (n = 15). This is similar to historical records for the Hartenbos Estuary reported in 1981 (n = 12; open mouth) and 1994 (n = 9; closed mouth) (Bickerton, 1982; James and Harrison, 2008). Despite little change to the core community (i.e., G. aestuaria, C. richardsonii, Chelon dumerili, Lithognathus lithognathus, Mugil cephalus, Psammogobius knysnaensis), notable shifts in the composition of ichthyofaunal assemblages are evident when comparing these historical surveys with the current study. For example, the speckled sandgoby P. knysnaensis (estuarine and marine) and white steenbras L. lithognathus (marine estuarine-dependent) are now in very low numbers (Table 2). Both are benthic feeders but P. knysnaensis is also commensal in K. kraussi burrows, which have disappeared from most of the system. Overall, the abundance and occurrence of benthic species were much lower in the Hartenbos compared to the nearby Klein Brak and Great Brak estuaries, most likely due to the physiological stress induced by recurrent instances of bottom-water hypoxia. Recruitment failure of benthic species was highlighted by the absence of Solea turbynei (blackhand sole) juveniles, with only limited numbers of adults caught in the more oxygenated shallows (<20 cm depth).

The shift toward meso- and polyhaline conditions in recent times due to frequent/premature mouth breaching and continuous WWTW inflows has resulted in a loss of marine estuarine-opportunist species (e.g., Diplodus capensis, Galeichthys feliceps) that were recorded prior to the enactment of these pressures (Bickerton, 1982). That said, marine estuarine-opportunist Mugilidae, notably C. richardsonii, are now dominant. This species and the freshwater estuarine-opportunist O. mossambicus typically capitalize on the competitive advantage provided by eutrophication and other environmental perturbations (Lamberth et al., 2010; Viskich et al., 2016). Perhaps of more concern is the complete absence of the estuarine resident Atherina breviceps (Cape silverside) species that previously dominated catches during closed mouth conditions in the 1990s, i.e., subsequent to the WWTW becoming operational (James and Harrison, 2008). This represents a potentially significant alteration to the trophic structure of the Hartenbos Estuary given the importance of A. breviceps as a fodder fish for higher trophic levels. The growth and spawning success of A. breviceps adults is largely dependent on the availability of suitable habitat (clear waters, submerged macrophytes) and prey (amphipods) (Whitfield, 2019). Thus, the increased frequency and magnitude of HABs are likely responsible for shaping an environment that is unconducive (e.g., highly turbid, organic rich, hypoxic) to the survival of this species, instead encouraging it to complete its life cycle in the nearshore environment. The absence of A. breviceps is also likely responsible, in part, for the high abundance of G. aestuaria which no longer has to compete for resources. The latter is a fast growing, short-lived species that has a greater chance of completing its life cycle during the brief periods of improved water quality observed within the system. Furthermore, small-bodied and phytophyllic species, such as G. aestuaria, are more resilient to poor water quality (Van Treeck et al., 2020). Current catchment management practices have dampened the flushing potential in the Hartenbos Estuary, resulting in excessive sedimentation that reduces the nursery value of the system by limiting suitable shallow littoral zones (Whitfield et al., 2012). For example, the marine estuarine-dependent R. holubi typically inhabits shallow littoral habitats, thus, its limited residency in the Hartenbos Estuary is indicative of sedimentation and marine connectivity issues. The degraded state of the estuary is highlighted by the increased overall species richness (n = 36 and 32, respectively) and abundance of R. holubi in the nearby Klein Brak and Great Brak estuaries. Concurrent sampling yielded 50–70 fish haul–1 and 60–65% occurrence of R. holubi in these systems. Overall, marine estuarine-dependent, estuarine and marine, estuarine and freshwater, and marine straggler species were functionally absent (<5% RA) in the Hartenbos Estuary compared to the Klein Brak and Great Brak estuaries (>50% RA).

The loss of natural hydrodynamic variability (e.g., dam impoundment) and the continuous supply of excessive WWTW inputs (flow and nutrients) has necessitated frequent and premature mouth breaching interventions to meet socio-ecological requirements. From a broad ecological perspective, these practices have culminated in an ecosystem void of typical abiotic and biotic fluctuations associated with small microtidal and intermittently closed estuaries. Despite distinct seasonal water temperature fluctuations (14–28°C), the continuous input of nutrient-rich WWTW discharges has resulted in aseasonal freshwater inflow, nutrient loading, and phytoplankton community patterns that, in turn, act synergistically to hinder the efficacy of faunal recruitment periods (e.g., fish in spring/summer). The loss of natural ecosystem functioning in the Hartenbos Estuary is further evidenced by the loss of the marine-dominated, and occasionally hypersaline (salinity > 38), conditions that characterised the system prior to the construction of the WWTW (Bickerton, 1982). The low diversity and shift to undesirable alternate states observed for each of the biotic communities in the Hartenbos Estuary demonstrates the magnitude and severity of current pressures on the system. For example, hypereutrophic conditions and restricted tidal exchanges were shown to favour the near year-round dominance of only a few opportunistic species/groups tolerant to adverse conditions (e.g., Nannochloropsis sp., H. coffeiformis, oligochaetes, G. aestuaria, and C. richardsonii). The general unresponsiveness of selected indicator parameters to current mitigation efforts (mouth manipulation) suggests that management objectives (both ecological and socio-economic) set out in the Hartenbos EMP are not being met. In the short-term, the mouth management protocol could be improved by ensuring that breaching events only occur at sufficient water levels (>2 m MSL) and in conjunction with spring tides to ensure maximum flushing and prolonged periods of tidal exchange. Additionally, nutrient levels observed in this study (Figure 3) reflect concentrations already subject to significant abiotic (e.g., tidal dilution) and biological (e.g., phytoplankton uptake) transformations. Thus, continuous monitoring of WWTW discharges (i.e., volumes, nutrient concentrations) is required to better understand the nutrient dynamics and stoichiometry of inflows to the Hartenbos Estuary and, subsequently, facilitate informed decision-making. However, a catchment-scale approach is needed to improve, and potentially restore, ecosystem functionality (e.g., water quality, flow regimes). A reduction in the volume and nutrient loads entering the estuary directly from the Hartenbos WWTW should serve as the core focus. This can be achieved through (1) effluent diversion through artificial wetlands before entering the estuary, (2) reuse of outflows for non-consumptive purposes (e.g., irrigation, industrial), (3) treatment upgrades, and (4) diversion of wastewater offshore (Adams et al., 2020; Taylor et al., 2020). At present, a quarter (2,000 m3 d–1) of the daily WWTW outflow is allocated for reuse as irrigation water on agricultural lands. This represents a positive step toward reducing the eutrophication pressure, although, management authorities should endeavour to divert all WWTW inputs away from the estuary to facilitate its recovery from potentially long-lasting consequences (e.g., legacy nutrients stored in the sediments) associated with surplus nutrient loading. Finally, the removal of the upstream Hartebeeskuil Dam (i.e., unpotable) should be considered a long-term management goal given that it would restore an element of natural hydrological variability and reduce sedimentation rates in the downstream estuary. These insights provide an important platform in terms of management plans and interventions of estuaries facing eutrophication and increased prevalence of connectivity loss to the ocean through global change pressures (e.g., drought, nutrient enrichment, water abstraction). It is therefore imperative that a long-term ecosystem-level framework is contextualised rather than focusing on short-term interventions (artificial breaching) if effective ecosystem health from a socio-ecological perspective is to be realised.
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Supplementary Table 1 | Spatial variability of selected abiotic parameters along the length of the Hartenbos Estuary on each sampling occasion. The degree of vertical salinity (halocline) and temperature (thermocline) stratification at each station is calculated by subtracting bottom-water values from surface values (∗positive values indicate elevated bottom-water values compared to surface waters, and vice versa).
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Caffrogobius gilchristi Gobiidae E&M  Benthophagous

Chelon dumerili Mugilidae MED  Detritivorous and Planktivorous

Chelon richardsonii Mugilidae MEO  Detritivorous and Planktivorous - _ _ -
Chelon tricuspidens Mugilidae MEO  Detritivorous and Planktivorous

Diplodus cervinus Sparidae MEO  Omnivorous

Gilchristella aestuaria Clupeidae SE Zooplanktivorous _ _ _ _
Lichia amia Carangidae MED  Carnivorous

Lithognathus lithognathus Sparidae MED  Benthophagous _ _ _ _
Monodactylus falciformis Monodactylidae MED  Benthophagous and Planktivorous

Mugil cephalus Mugilidae MED  Detritivorous and Planktivorous

Oreochromis mossambicus Cichlidae FEO  Omnivorous

Pomadasys commersonnii Haemulidae MED  Benthophagous

Psammogobius knysnaensis Gobiidae E&M  Benthophagous

Pseudomyxus capensis Mugilidae MED  Detritivorous and Planktivorous _

Rhabdosargus holubi Sparidae MED  Omnivorous _
Solea turbynei Soleidae E&M  Carnivorous

Tilapia sparrmanii Cichlidae FS Omnivorous

Fish guild key: SE = solely estuarine species, E&M = estuarine and marine species, MEO = marine estuarine-opportunist species, MED = marine estuarine-dependent
species, FEO = freshwater estuarne-opportunist species, FS = freshwater stragglers (Potter et al., 2015; Whitfield, 2019).
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