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Given the impacts of climate change and other anthropogenic stressors on marine systems, there is a need to accurately predict how species respond to changing environments and disturbance regimes. The use of genetic tools to monitor temporal trends in populations gives ecologists the ability to estimate changes in genetic diversity and effective population size that may be undetectable by traditional census methods. Although multiple studies have used temporal genetic analysis, they usually involve commercially important species, and rarely sample before and after disturbance. In this study, we run a temporal analysis of giant kelp, Macrocystis pyrifera, genetic diversity over the scope of 10 years (2008-2018) using the same microsatellite marker panel to assess the genetic consequences of disturbance in several populations of giant kelp (Macrocystis pyrifera) in the Southern California Bight. The study is a rare pre- and post-disturbance microsatellite analysis that included declines to giant kelp caused by the 2015/16 El Nino Southern Oscillation event. We used canopy biomass estimated by remote sensing (Landsat) to quantify the extent of disturbance to kelp beds, and sea surface temperature data to understand how kelp was pushed towards its temperature limits during this period. Despite prolonged periods with decreased canopy at several sites, no changes in genetic structure and allelic richness were observed. We argue that giant kelp in the region is best described as a “patchy population” system where true extinctions are rare. We discuss how deep refugia of subsurface sporophytes and cryptic microscopic life stages could have kept genetic diversity through disturbance. Given the increasing effects of climate change and uncertainty in modeling impacts of species with cryptic life history stages, we suggest further investigation to reveal the role such stages play in species resilience. Genetic monitoring studies of sites selected by remote census demographic and climate surveys should be continued in the future given the predicted impacts of climate change.
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Introduction

The habitats of the world’s oceans are altering vastly due to anthropogenic stressors, such as pollution, habitat loss, invasive species, and climate change (Rahel and Olden, 2008; Johnston and Roberts, 2009; Claudet and Fraschetti, 2010; Davidson et al., 2015; McCauley et al., 2015; García Molinos et al., 2016)⁠. Therefore, monitoring and predicting how species react to changing regimes is of concern for species and biodiversity conservation levels (Bellard et al., 2012; Tilman et al., 2017). Resilience, the capacity of a system to absorb disturbance and reorganize to a previous state (Walker et al., 2004)⁠, is often studied by census and area cover changes, informed by current and historical distributions and population demography (Timpane-Padgham et al., 2017)⁠. However, the change in genetic diversity, an essential biodiversity component, is rarely studied when populations recover from disturbance to previous census sizes. Moreover, we note that in marine systems census sizes might be several orders of magnitude lower than effective population sizes (Hare et al., 2011).

It is generally accepted that more genetically diverse populations have greater adaptive potential and functioning (Reusch et al., 2005; Johnson et al., 2006; Hughes et al., 2008)⁠. Intraspecies diversity arises from heterogeneity in ecological and evolutionary forces that act on spatially structured populations through time. Fluctuations in patterns of recruitment, census size, and selection events, often resulting from disturbance, shape the contemporary genetic structure of populations. A strong disturbance event, outside of the physiological tolerance of a species, can reduce within-population genetic diversity by selecting tolerant alleles or, if census sizes are drastically reduced, by genetic drift alone. Following disturbance, changes in recruitment patterns during demographic recovery can also alter the between-population genetic diversity depending on whether recovery occurs through the propagation of fewer local (Pannell and Charlesworth, 2000; Evanno et al., 2009)⁠ or many foreign individuals (Spear et al., 2012)⁠, resulting in increasing or decreasing genetic differentiation compared to previous levels (Banks et al., 2013)⁠. Although many genetic studies have explored how ecological and evolutionary forces shape populations through space, little is known about how patterns of diversity change through time because most studies have a single time point. When measured across a species distribution and in conjunction with environmental variables associated with disturbance, conservation biologists can quantify population sensitivity to disturbance, rates of change in genetic diversity, and identify critical regions for conservation (Funk et al., 2012; Flanagan et al., 2018)⁠.

Genetic monitoring, the collection of temporal genetic data for the same sites, is a powerful tool that provides complementary information for census studies, especially when pre-disturbance genetic data is available (Schwartz et al., 2007)⁠. Single point genetic studies rely heavily on the assumption of stability in genetic diversity and rarely incorporate temporal factors like population demographic history and dynamics and how these relate to biotic and abiotic change. Consequently, they have limited capacity to link environmental change and genetic erosion, which is of particular interest for species with wide spatial distribution encompassing a range of environmental change and variable extinction probabilities. When used in conjunction with census and environmental data, genetic monitoring can reveal hidden mechanisms of population persistence, such as cryptic life history stages or behaviors (Arnaud and Laval, 2004; Orsini et al., 2016). Currently, genetic monitoring studies are typically conducted on terrestrial vertebrates (i.e., mammals and birds) or commercially important aquatic species (e.g., fish) (Bellinger et al., 2003; Schwartz et al., 2007), with only a few studies focused on other aquatic taxa (Reynolds et al., 2017; Gurgel et al., 2020; Manent et al., 2020). Until recently, only a few studies had applied genetic monitoring techniques using a before-after disturbance approach (Gurgel et al., 2020; Holt et al., 2020; Manent et al., 2020). In both Holt et al. (2020) and Manent et al. (2020), clonal aquatic plants showed a reduction in demographic and genetic diversity. In contrast, in Gurgel et al. (2020), the reduction in genetic diversity was cryptic after demographic recovery in two forest-forming seaweeds.

Kelps are large, brown seaweeds that grow in nutrient-rich saltwater in rocky reefs of coastal and seamount habitats worldwide. Kelp forests are among some of the most productive systems on earth (Mann, 1973; Vilalta-Navas et al., 2018) and are essential in supporting other coastal and open ocean pelagic systems through detrital export (Duggins et al., 1989; Hobday, 2000a; Hobday, 2000b; Krumhansl and Scheibling, 2012). Their ecological (Bertocci et al., 2015; Bennett et al., 2016; Blamey and Bolton, 2018) and economic (Chung et al., 2011; Bennett et al., 2016; FAO, 2018) importance make them a key target group for conservation. As coastal ecosystems, kelp forests are exposed to a variety of anthropogenic and natural stressors that are both regional (pollution, invasive species, sedimentation, harvesting, fishing, storm surges, disease, herbivory and gene pollution from aquaculture) and global (climate change, El Niño Southern Oscillation) (Steneck et al., 2002; Schiel and Foster, 2015; Bennett et al., 2016). Kelp recruitment success is particularly susceptible to increased temperature (Muth et al., 2019), but it is important to consider regional intraspecific differences (Hollarsmith et al., 2020). Consequently, numerous kelp studies reported (Steneck et al., 2002; Valero et al., 2011; Mineur et al., 2015; Filbee-Dexter et al., 2016; Krumhansl et al., 2016; Vergés et al., 2016; Wernberg et al., 2016; Rogers-Bennett and Catton, 2019; Butler et al., 2020) or predicted regional declines (Araújo et al., 2016; Assis et al., 2018a; de la Hoz et al., 2019; Sudo et al., 2020).

Kelp species from around the world have been the focus of population genetics studies (Billot et al., 2003; Fraser et al., 2009; Tellier et al., 2009; Macaya, 2010; Johansson et al., 2015; Assis et al., 2016; Assis et al., 2018b; Neiva et al., 2018; Mao et al., 2020, among others). Despite our considerable current knowledge of kelp population genetics and conservation status, only two studies have incorporated a temporal genetic analysis (Valero et al., 2011; Wootton and Pfister, 2013), and only Gurgel et al. (2020) on other forest-forming seaweeds was conducted following a major disturbance event. This is unfortunate because the cryptic, microscopic, gametophyte life stage of kelps may offer different strategies for post-disturbance demographic recovery, similar to the seed banks of some higher plants (Barradas et al., 2011; Carney et al., 2013). After disturbance, the effective population size of kelp might be much larger than perceived from persisting reduced census sizes measured on the sporophytes (macroalga). This will depend on the number of sporophytes that could release their spores before population decline, how long the demographic decline in the sporophyte generation persisted, and how long the gametophyte stage can survive.

One species of particular interest for conservation is the habitat-forming kelp, Macrocystis pyrifera (giant kelp). In southern California, there has been much effort to understand the population dynamics of giant kelp (Deysher and Dean, 1986; Reed, 1990; Reed et al., 2006; Dayton et al., 1992; Reed et al., 1997; Pakker and Flores-Moya, 2000; Gaylord et al., 2002; Reed et al., 2004; Gaylord et al., 2006; Cavanaugh et al., 2010; Cavanaugh et al., 2011; Cavanaugh et al., 2013; Castorani et al., 2015; Castorani et al., 2017), including genetics studies (Alberto et al., 2010; Alberto et al., 2011; Johansson et al., 2013; Johansson et al., 2015; Hargarten et al., 2019)⁠. The surface breaching nature of giant kelp has enabled remote sensing techniques (Landsat imagery) to build long-term time series in canopy area coverage and biomass estimates (Cavanaugh et al., 2010; Bell et al., 2020)⁠. Analysis from both remote sensing and fieldwork has revealed several environmental factors (herbivory, wave height, light, nutrients, temperature, sedimentation, and substrate availability) that influence the distribution and range of giant kelp in the northeast pacific (Cavanaugh et al., 2011; Bell et al., 2015; Johansson et al., 2015; Young et al., 2016). Events such as El Niño Southern Oscillation (ENSO) that bring warm nutrient-depleted waters can have substantial adverse effects on canopy biomass and are increasing in frequency and intensity (Solomon, 2007; Oliver et al., 2018). Despite these events, giant kelp in southern California has the highest level of genetic diversity across the species range (Macaya, 2010; Johansson et al., 2015) and exhibits resilience of kelp area coverage (Reed et al., 2016; Cavanaugh et al., 2019) and fast recovery following disturbance (Dayton et al., 1992; Ladah et al., 1999). However, kelp area resilience is uninformative about possible losses of genetic diversity.

This study analyzes the temporal variation in genetic differentiation and the allelic richness of giant kelp. After ten years since previous genetic analysis, we looked at change for five sites in the Southern California Bight (SCB). We tested the hypothesis that demographic bottlenecks produced by disturbances from 2014-to 2016 have depressed the levels of genetic diversity in giant kelp. We choose sites that differ in genetic coancestry, oceanographic conditions, and disturbance severity to assess how disturbance impacts may vary across the study region.



Materials and methods

Giant kelp is the largest and most widely distributed benthic species in the world (Graham et al., 2007). In the Northeast Pacific, it forms large surface breaching forests along the coastline from Alaska to Bahia Tortugas, Mexico. As with other kelps, M. pyrifera has a biphasic haplodiplontic life cycle in which a large sporophyte (2n) produces spores (1n) via meiosis that settle on hard, rocky substrate, which then differentiates into microscopic male and female gametophytes (1n). Male gametophytes release motile sperm that fertilize a non-motile egg, retained on the female thallus. Following fertilization, the zygote develops into a blade, producing the next generation of sporophytes. Dispersal occurs mainly through the spore stage, in which planktonic individuals can survive for at least one week (Reed et al., 1992) and may settle several kilometers from the origin. However, most spores settle within a few meters (Reed et al., 1992; Gaylord et al., 2006)⁠. There is some evidence for longer dispersal distance by kelp rafts (Hobday, 2000a; Hernández-Carmona et al., 2006)⁠. However, this dispersal mechanism is negligible in maintaining connectivity between local populations when compared to spores (Reed et al., 2004; Hargarten et al., 2019).


Study sites and sampling

To conduct a temporal genetic analysis, we sampled five sites between 2018 and 2019 located in three regions differing in genetic coancestry in the Southern California Bight (SCB), hereafter referred to as 2018 samples. These regions had also been sampled before, in 2007 and 2008, and genotyped by Johansson et al. (2015) using microsatellite marker analysis, hereafter referred to as 2008 samples. Two of our locations are continental, Leo Carrillo, and Camp Pendleton, with one site sampled in each. Our third location was Catalina Island, where we sampled three sites (Figure 1). We sampled more sites on Catalina Island because this was the location where disturbance to kelp forests during the 2008 to 2018 period was higher. Johansson et al. (2015) found that Catalina Island belongs to a genetic coancestry group comprised of both the northern and southern channel island archipelagos while the northernmost continental site, Leo Carrillo, showed admixture between three genetic coancestry groups in SCB. The southernmost sampling location, Camp Pendleton, belonged to the Southern California/Baja California genetic group. We note that the 2018 site from this location is located 12 km south of the 2008 site (San Mateo) from Johansson et al. (2015), due to logistic constraints that precluded sampling the same site. Genetic differentiation at this scale is weak, Johansson et al. (2015) reported that kelp forests from a large swath of the coast, south of Los Angeles to Baja California, belonged to the same genetic group, and all sites had similar allelic richness.




Figure 1 | Map showing Macrocystis pyrifera resampled locations in the Southern California Bight. Colors represent three genetic coancestry groups described by Johansson et al. (2015), including one region of admixture (brown): Continental Santa Barbara (orange), Northern and Southern Channel Islands (gray) and Southern California/Baja California (purple) groups. The 2018 sample location for Camp Pendleton is located 30 km SE of the 2008 location. Note that giant kelp beds do not occur continuously along the colored regions.



New sample collections (Figure 1) occurred between January 2018 and June 2019. The sampling protocol involved haphazardly collecting (~n=30 per site) sporophyte blade tissue by snorkeling and SCUBA. We collected tissue from individual holdfasts to ensure non-repetitive sampling. Blades were either dried in silica or immediately frozen and desiccated using an Eppendorf Vacufuge Plus (Hamburg, Germany) for subsequent DNA extraction.



Disturbance quantification

There are several reports of disturbance to kelp forests in Southern California from 2008 to 2018. During this period, a series of large marine heatwaves (MHW) occurred, starting in the summer of 2014, followed by the 2015/16 El Nino-Southern Oscillation (ENSO) event. On Catalina, two large storm surges hit the Island in the summer and winter of 2014. Additionally, the invasive algal species, Sargassum horneri, continued to spread on the Island likely facilitated by the ENSO event (Marks et al., 2017)⁠.

To quantify the scale of disturbance to kelp forests in our study, we estimated proportional changes in surface canopy biomass from 2008 to 2018 for Leo Carrillo, Catalina Island, and Camp Pendleton using satellite data. We used surface canopy biomass derived from Landsat 5 and 7 Thematic mapper multispectral 30-meter resolution data taken quarterly (Bell et al., 2017)⁠. To compare across locations and determine the spatial scale of surface canopy changes, we summed for each quarter the biomass within an area buffer surrounding the sampling coordinates and divided by the maximum biomass observed from 2008 to 2018. We used 5, 15, and 30 km buffers to compare the severity of local changes in biomass while controlling for neighboring kelp beds that could disperse individuals into studied sites (had they experienced different dynamics). We chose a maximum buffer of 30 km, as it well exceeds the mean dispersal capabilities of giant kelp (Reed et al., 2004; Gaylord et al., 2006; Alberto et al., 2010). Spatial buffers around the location coordinates were estimated using the GEOSPHERE v.10 R Package (Hijmans et al., 2012)⁠. We averaged the proportions for 5 and 15 km buffers for each of the three sites on Catalina to obtain a single time-series for the Island. Given the size of the island and site spacing, the same 30 km buffer encompassed all possible habitat surrounding the three sites on the Island. For Camp Pendleton, we averaged the 5, 15, and 30 km proportions between the 2008 and 2018 sample sites. Differences in distances for biomass changes between the three spatial buffers were compared with Pearson’s correlation.

MHW is calculated as a deviation from historical temperatures at a particular location. Specifically, a marine heatwave was defined as five or more consecutive days with a mean temperature warmer than the 90th percentile value over the last 30 years for the same time of the year (Hobday et al., 2016). MHW impact on a species will depend on how each population’s environment is close to the species’ temperature tolerance limit, assuming no localized adaptation. Therefore, an MHW can have very different outcomes for the population depending on the location of the population and the presence or not of localized adaptation. Replacing the 90th percentile with an absolute temperature threshold generates an indicator statistic for temperature effects on all populations, regardless of location, if there is no localized adaptation. For example, Reed et al. (2016) found no impact on kelp forests in the Santa Barbara channel experiencing a prolonged heatwave (3 years). These kelp forests are located in the northern part of the Southern California Bight, which is still further north of those in Baja California, Mexico, where higher absolute temperatures have been associated with kelp loss (Ladah et al., 1999). Additionally, Cavanaugh et al. (2019)⁠ found that giant kelp resistance throughout SCB was most strongly correlated with the mean temperature of the warmest month, indicating that the loss of canopy was more sensitive to exceeding an absolute temperature threshold than to the magnitude of relative changes in temperature. Qualitatively, MHW and temperature tolerance threshold statistics differ in that the former uses the 90th percentile as a threshold to count consecutive days while the latter uses an absolute threshold value.

We quantified the number of marine heatwaves and their duration from January 2008 to December 2018. We also calculated the time in consecutive days each site experienced above a conservative species temperature tolerance threshold of 22°C. We used daily temperature from January 1984 to December 2019, obtained from the National Climatic Data Center Optimal Interpolation Sea Surface Temperature (OISST) dataset (Banzon et al., 2016), to produce a climatology baseline for determining temperature statistics. We estimated the quantity and duration of marine heatwaves as in Hobday et al. (2016),⁠ and the number of events lasting five consecutive days above a species threshold of 22 °C from 2008 to 2018 using the heatwaveR v. 0.4.2 R package (Schlegel and Smit, 2018)⁠. All analysis were done in R (R Core Team, 2019).



Genotyping

We extracted DNA using the NucleoSpin 96 Plant Kit II (Macherey-Nagel, Duren, Germany) with standard protocols and genotyped them for six microsatellite loci used in Johansson et al. (2015) (Mpy-8, Mpy-14, BC-4, BC-18, BC-19, BC-25), following modified PCR protocols in Alberto (2009)⁠. PCR product fragment sizes were separated and scored on an ABI 3730 FVNPL (Applied Biosystems) using GeneScan-500 LIZ as a size standard (at the UW-Wisconsin Biotechnology Center). We scored alleles using STRAND v. 2.4.110 and binned them using the MsatAllele v. 1.0.4 R package (Alberto et al., 2009)⁠. While binning the new data set, we genotyped a few standard samples from Johansson et al. (2015) to help match the new and old MsatAllele databases, ensuring that all alleles were binned using the same system.



Population genetics analysis

To compare changes in allelic richness between sample periods, we standardized sample size at n=15 samples for both 2008 and 2018 samples, using the StandArich2 R package v. 1.00 (https://github.com/UWMAlberto-Lab/StandArich2). We tested for significant temporal changes in richness across all sites using a non-parametric Wilcoxon signed-rank test (Arnaud and Laval, 2004)⁠. We calculated general population genetics statistics such as expected and observed heterozygosity, as well as FIS (inbreeding coefficient) for 2008 and 2018 data using GENETIX v 4.05.2 (Belkhir et al., 2001). We calculated FIS using a permutation test consisting of 1,000 permutations. We estimated Fisher’s probability of deviations from Hardy-Weinberg equilibrium using a Markov chain Monte Carlo method (Ayres and Balding, 1998)⁠ with 10,000 dememorizations steps, 1,000 batches, and 5,000 iterations in the GENEPOP v. 4.7.5 (Rousset and Raymond, 1995; Rousset, 2008). We applied a Bonferroni correction to all Fisher’s probabilities to control for multiple testing.


Genetic differentiation and spatial structure

We calculated pairwise FST (fixation index) between all paired 2008 and 2018 sites, and associated p-values, using an exact G-test with default settings in GENEPOP v.4.7.5. To visualize changes in genetic differentiation between 2008 and 2018 data, we used a factorial correspondence analysis (FCA) performed in GENETIX v. 4.05.2. We included all Southern California sites analyzed in Johansson et al. (2015) in the FCA analysis to visualize how the 2018 sites were ordered compared to 2008 ones in the context of a larger number of sites. We estimated individual genetic coancestry using STRUCTURE v. 2.3.4 for all specimen in 2018 and 2008 samples (Pritchard et al., 2000)⁠. Given that the 2008 samples in our study belonged to two of the genetic coancestry clusters identified in Johansson et al. (2015), we ran the current analysis for K=2-3 with 2008 and 2018 samples run separately. The run at K=3 revealed no additional structure, so K=2 was used in this analysis. We used parameters that included an admixture model with allele frequencies correlated across populations and an initial burn-in period of 250,000 and 750,000 reps post burn-in.





Results


Disturbance quantification with landsat and temperature analysis

Canopy changes were synchronous at spatial scales of at least 30 km, as suggested by high correlation (R > 0.94) between 5, 15, and 30 km buffers for all locations (Table 1). The results reported hereafter are for the 30km buffer analysis. Giant kelp canopy coverage varied on both intra- and interannual time scales at all locations from 2008 to 2018. With marine heatwave events from 2014 to 2016, all locations showed seasonal reductions in canopy coverage, especially Catalina Island and Camp Pendleton (Figure 2). Overall, kelp canopy biomass (measured for each quarter as the proportion of maximum biomass observed during the study period, 2008-2018) was much higher before rather than after 2014, when large MHW started (Figure 2). The before and after 2014 differences in median proportions of max biomass where very large for Camp Pendleton (before: 29.7%, after: 3.8%; Mann-Whitney p-value < 0.0001) and Catalina Island (before: 33.4%, after: 1.8%; Mann-Whitney p-value < 0.0001) and less so for Leo Carillo (before: 26.2%, after: 12.7%; Mann-Whitney p-value< 0.01), although all were highly significant.


Table 1 | Summary statistics for Macrocystis pyrifera canopy biomass (Landsat) and marine heatwave (MHW) analysis.






Figure 2 | Distribution of Macrocystis pyrifera maximum proportion of biomass observed per quarter. Two boxplots shown for each population showing pre- (brick color) or post-disturbance periods (orange color).



Reduction and subsequent recovery in canopy biomass were variable among locations in both magnitude and duration. Leo Carrillo had the lowest peak biomass values in the summers of 2015 and 2016, but recovered quickly in the summer of 2017, with annual peaks never declining below 17% of maximum biomass. Following the ENSO event, Leo Carrillo reached maximum biomass in the summer of 2018 (Figure 3). Catalina Island and Camp Pendleton, however, showed substantial reductions in biomass for extended periods (Figure 3; Table 1); Catalina experienced two and a half years with biomass peaks below 10% of the maximum, from summer 2014 to the end of 2016 (winter) (Figure 3; Table 1). Some canopy recovery occurred on Catalina in the spring of 2017 but remained below 32% of the maximum biomass observed in the period studied (Figure 3). Camp Pendleton had reduced biomass in the fall of 2014 with minimal recovery until the end of the time-series. Peak biomass during this period occurred in the fall of 2015 and summer of 2018 (11% of max, 30 km buffer), but remained well below pre-disturbance canopy coverage (Figure 3; Table 1).




Figure 3 | Normalized Macrocystis pyrifera biomass (30 km radius buffer) and Marine Heatwave (MHW) events from 2008 to 2018/19 for Leo Carrillo, Catalina Island (averaged over different locations), and Carlsbad (averaged over 2008 and 2018/19 locations). Kelp biomass is shown quarterly and normalized by the quarter of maximum biomass from 2008 to 2018/19 (black). Temperatures (Blue) are shown as monthly means relative to the MHW threshold (gray). Shown in red are periods when the mean monthly temperature exceeded a conservative species tolerance threshold of 22 °C.



Between sampling periods from 2008 to 2018, all three locations experienced multiple heatwaves (as defined by Hobday et al., 2016) and multiple day periods above the conservative temperature tolerance for giant kelp of 22°C (Table 1). However, locations varied in the quantity and duration of both MHWs and events ≥ 22°C. Between 2014 and 2016, Leo Carrillo had a total of 15 MHW events, in which 43% of days met the criteria for marine heatwaves (Hobday et al., 2016). The longest event in Leo Carrillo was 93 days long, from January to March of 2015, but was half as long as Catalina and Camp Pendleton’s longest events (Figure 3; Table 2). From 2008 to 2018, Leo Carrillo had several events that exceeded 22°C, the longest of which lasted 52 days from mid of August to late-October 2015. Catalina experienced similar trends in the total number of MHW events and heatwave days but had a long MHW event that well exceeded that of Leo Carrillo and Camp Pendleton. This MHW event lasted for 235 days from the summer of 2014 to the spring of 2015 (Table 1). Catalina also had multiple events that exceeded 22°C; the longest was of the same duration and dates as Leo Carrillo (Table 1). Camp Pendleton also showed similar trends in the total number of MHW events, but experienced longer marine heatwaves, with the longest lasting 188 days from the fall of 2014 to the spring of 2015. The number of days exceeding 22°C well exceeded Catalina and Leo Carrillo, with the longest-lasting for 76 days from August to October of 2015 (Table 1).


Table 2 | Population genetics summary statistics for Macrocystis pyrifera temporal genetic diversity for five sites in Southern California.





Temporal analysis of genetic diversity

Despite canopy coverage loss at all sites and substantial reductions on Catalina and Camp Pendleton, all five sites showed little change in within and among-population genetic diversity following disturbance. Allelic richness in 2018 was ~10% lower in Leo Carillo but ~6% higher in Catalina Island backside; for all other sites differences between dates were small ranging from 1% increase to 3% decrease. The mean difference in standardized allelic richness between 2008-2018 paired sites was 0.43 ± 0.35 (mean alleles per locus ± sd, for n=15, Table 2; Figure 4). There was no significant change in allelic richness between paired sites across sample periods (Wilcoxon sign test: p= 0.1875). Sites retained a high level of allelic richness (mean= 7.84 alleles per locus with n standardized to 15, sd= 0.45), maintaining a pattern of high genetic diversity towards the southern distribution of the species (Johansson et al., 2015).




Figure 4 | Pairwise comparisons of standardized microsatellite allelic richness (n=15) between 2008 and 2018/19 Macrocystis pyrifera samples at each of the three locations sampled in Southern California. No significant change in allelic richness was found between sampling periods (Wilcoxon: p= 0.1875).



Pairwise comparisons of genetic differentiation between sampling periods showed that there was little change in genetic structure following the ENSO event. Pairwise FST values were significant, except for Camp Pendleton (Table 3). The lowest FST values occurred between the two sampling dates for the same site (mean ± sd = 0.01 ± 0.006), except for the 2018 samples for both Catalina backside sites (CIB and CIR) which were genetically closer than either was to their 2008 samples (Table 3). This stability of genetic differentiation between sites was also apparent in the ordination of microsatellite alleles (FCA); 2008-2018 sampling dates paired by site in ordination space (Figure 5). Catalina remained in a genetic group containing the northern and southern Channel Islands, while Leo Carrillo and Camp Pendleton clustered with the Southern California/Baja California group (Figure 5). The comparison of STRUCTURE results between sample periods revealed that individual genetic assignments remained similar over time (Figure 6). Specimen sampled in Leo Carrillo and Camp Pendleton had their individual proportions of genetic co-ancestry assigned dominantly to one cluster while specimens from all Catalina sites were assigned to a different cluster.


Table 3 | Pairwise FST between Macrocystis pyrifera samples with G-test of significance computed in GENEPOP v. 4.7.5. .






Figure 5 | Factorial Correspondence Analysis (FCA) of Macrocystis pyrifera microsatellite alleles. Samples from 2008 and 2018/19 are represented with circles and triangles, respectively. Black filled symbols are for 2008-2018/19 specific comparisons made in this study while open symbols are for additional 2008 samples from Johansson et al. (2015). Samples with data only from 2008 are used here to represent the spatial genetic structure of the before and after samples studied here in the overall regional context. The outline color in symbols represents the genetic coancestry clusters identified in Johansson et al. (2015) using STRUCTURE. Samples collected at both dates, 2008 and 2018/19, clustered together reflecting minor changes in genetic structure.






Figure 6 | Structure analysis (STRUCTURE v. 2.3.4) of Macrocystis pyrifera individual assignments to two genetic co-ancestry groups. Upper pannel 2008 samples and lower pannel 2018/19 samples. Bars represent proportions of individual genetic assignment. Individual genetic assignments for all sites did not change temporally during the period studied.



In the original study describing the 2008 data, several sites showed significant homozygosity excess, including two sites used here (LCA and CBD) potentially caused by null alleles (Johansson et al., 2015). In that study, corrected measures of genetic differentiation (FST) for the presence of null alleles (FREENA method) and uncorrected ones were highly correlated and did not affect the patterns observed. In the present study, two additional sites showed homozygosity excess (CIQ and CIR). We believe that additional null alleles caused this because different PCR machines were used across studies which required PCR condition optimization. The fact that genetic differentiation between 2008 and 2018 was minimal indicates that the presence of these null alleles had negligible effects in the present study.




Discussion

In a before and after disturbance analysis of giant kelp in the Southern California Bight, we observed stable allelic richness and unchanged genetic differentiation among kelp beds. Giant kelp in the Southern California Bight can be considered a case study where genetic diversity did not follow the sizable demographic decline observed in the macroscopic sporophyte stage. These results are extremely positive regarding the conservation of giant kelp in a region where the species finds its global hotspot for genetic diversity. Although high fluctuations characterize the “macroscopic kelp” population dynamics, the canopy area in the study area has yet to recover to levels observed before the recent disturbance, and heatwaves have been increasingly common. Therefore, although we take solace that these impacts on giant kelp forests have yet to affect their rich evolutionary potential, we note that a tipping point for its decline might be closer. Consequently, our findings raise important questions regarding the mechanisms behind the maintenance of genetic diversity and structure of giant kelp in southern California.

The stability of allelic richness and genetic structure in M. pyrifera between 2008 and 2018 implies that populations in the region maintained drift-gene flow equilibrium and kept a large effective population size, despite significant canopy cover reductions at Catalina and Camp Pendleton. Genetic differentiation between sample dates (within site) was minimal, indicating that recruitment before and after disturbance occurred through a similar balance between self-replenishment and dispersal. One expectation from disturbance is decreased space competition for immigrants. Because disturbance did not affect kelp forests in SCB the same way, homogenizing gene flow from less disturbed sites could have decreased genetic differentiation. However, this was not observed, except for a stable temporal pattern of genetic diversity found between the two western sites on Catalina (CIR and CIB), where geographic and genetic distance (lower FST) between sites was minimal. Samples collected in the same year had comparably lower FST values than temporally spaced samples within the same CIR and CIB sites. Because these sites are relatively close (~10km) and thus genetically similar, we likely had insufficient power to detect minor differences in genetic differentiation. An overall increase in genetic differentiation between all sites could also be expected from increased genetic drift (Frankham, 1995)⁠ if all sites experienced demographic declines. Genetic drift is most profound in isolated populations with small numbers of individuals and could have been easily detected as a reduction in allelic richness. Nevertheless, allelic richness was remarkably stable between sampled dates, not supporting increased genetic drift. Alberto et al. (2010) estimated the effective population size (Ne) for a nearby system of giant kelp populations connected by migration under isolation by distance model. The authors estimated Ne to be between 400 to 2,400 and the ratio of effective population size to adult population size (Ne/N) to be between 0.2% to 9.6%. The small Ne/N is typical of marine systems (Hedgecock, 1994; Hare et al., 2011). However, given the size of many interconnected giant kelp patches (Cavanaugh et al., 2014), the effective population size can be still considered very large.

The maintenance of genetic diversity due to a stable gene flow and genetic drift equilibrium is informative of the role of gene flow. Kelp’s main dispersal propagules are the haploid spores produced by the sporophyte (macroalga). Thus, the observed kelp cover declines had to result in a decline in the spore source size (Reed et al., 2004). Castorani et al. (2017) found that patch connectivity in giant kelp was best explained by kelp fecundity (i.e., the density of spore-bearing sorus tissue, which scales with Landsat estimates of kelp biomass) than by spatial and temporally explicit oceanographic transport distances. Migration rates between populations are a function of the dispersal probability of individual spores and the spore source size (Gaylord et al., 2006). The fact that a reduction in source size did not alter the pattern of population genetic differentiation suggests that in the SCB population self-replenishment plays an important role despite fluctuations in spore source size. After the disturbance, either source size reduction was not limiting to normal levels of gene flow or populations retained large effective sizes in the form of non-canopy-forming sporophytes or microscopic gametophytes, or both. Understanding the relative contribution of each is challenging for populations of large effective size and weak genetic differentiation within the spatial scale of main genetic co-ancestry groups in SCB (Waples and Gaggiotti, 2006; Johansson et al., 2015).

Our Landsat kelp cover and SST analyses showed that Leo Carrillo experienced less disturbance than Camp Pendleton and Catalina. Leo Carrillo retained some canopy during disturbance regimes, while Camp Pendleton and Catalina showed significant reductions for more than two and a half years. Additionally, two large storm surges in 2014 and an increase in the abundance of the invasive alga, Sargassum horneri (Marks et al., 2015)⁠, suggested Catalina could have received greater disturbance than other locations. However, we observed that kelp canopy cover recovered more at Catalina than in Camp Pendleton following disturbance regimes from 2014 to 2016. Recruitment and maintenance of a large effective population size at Leo Carrillo can conceivably be explained by remaining adult sporophytes that survived temperature anomalies and recruited spores locally. However, the maintenance of a high effective population size for Catalina and Camp Pendleton is more intriguing given the prolonged absence of canopy at these locations. Two non-mutually exclusive mechanisms, elusive to Landsat census, could explain the maintenance of large effective population size. Firstly, given remote sensing challenges in an aquatic environment, canopy-cover-based population size estimation is biased as Landsat does not detect sub-surface juvenile sporophytes (Bell et al., 2020; Hamilton et al., 2020). In locations near Camp Pendleton, M. pyrifera annual kelp monitoring conducted by divers since the year 2000 shows a decline in the total number of fronds per individual since 2015 but small changes in density (pers. comm. Dan Reed). Lower frond number following disturbance can explain canopy decline, younger population age structure, and spore production decline. However, sufficient spore production from a large population could explain genetic stability because density was relatively stable. In Catalina Island, high density kept after disturbance is less likely to have occurred because kelp was reported absent in many locations. Secondly, local populations might survive extended periods of disturbance through more tolerant microscopic life stages, such as embryonic sporophytes or gametophytes. In comparison to adult sporophytes, the microscopic life-history stages of giant kelp are more tolerant of extreme environmental conditions (Tom Dieck, 1993; Schiel and Foster, 2015)⁠⁠ and may be critical in population persistence during unfavorable conditions for adult sporophytes. These stages may delay growth (juvenile and embryonic sporophytes) or reproduction (gametophytes) until conditions return favorable for canopy-forming sporophytes (Ladah et al., 1999; Kinlan et al., 2003; Ladah and Zertuche-González, 2007).

A unique aspect of the 2015/16 ENSO event is that it was not associated with the onset of large storm surges throughout the region (Reed et al., 2016), which is a major factor controlling the presence of giant kelp. (Cavanaugh et al., 2011; Young et al., 2016). However, evidence of storm surge impacts on Catalina in 2014 and the delay of recovery despite favorable growth conditions in the spring of 2015 hints toward the absence of at least shallow subsurface individuals. Storms would have likely removed shallow sub-surface individuals, increased sedimentation, and limited recruitment around Catalina. In shallow water, recruitment on the Island could also have been limited by competition with the introduced and more temperature tolerant Sargassum horneri (Sullaway, 2017). Together these mechanisms imply that surviving giant kelp on the Island would be limited to deeper habitat. Catalina and other island giant kelp populations can occur much deeper than their continental counterparts, as increased light penetration enables deeper colonization. It is possible that individuals survived deeper, escaping storm effects and competition, and persisted with a nutrient influx from internal waves below the thermocline (Zimmerman and Kremer, 1984)⁠. Such observations of deep refugia have been previously noted in a Baja California population during 1997/1998 ENSO (Ladah and Zertuche-González, 2004)⁠ and in other kelp species. Following the 2015/16 ENSO, our observations of the first giant kelp recruitment in deep waters of several locations in Catalina support this hypothesis. Nevertheless, the canopy typically reforms within six months of removal (Schiel and Foster, 2015), making it less likely that subsurface adult sporophytes were solely responsible for maintaining a large effective population size when Catalina and Camp Pendleton had minimal canopy for two and a half years.

A bank of microscopic gametophyte or embryonic sporophyte stages, or both, may also contribute to the maintenance of large effective population size and consequent preservation of genetic diversity over ten years. After a period of delayed development, evidence of recruitment from these stages comes from both laboratory and field-based studies and has good support in other brown algae (Edwards, 2000; Santelices et al., 2002; Barradas et al., 2011; Edwards, 2022). However, this remains a topic of controversy for giant kelp. Laboratory studies have shown that gametophyte and juvenile sporophytes can be induced into a state of dormancy, either by limited nutrients or altered light conditions and resume reproduction and growth when suitable conditions are reestablished (Kinlan et al., 2003)⁠. Carney (2011)⁠ showed that laboratory-reared giant kelp gametophytes could resume sexual reproduction following a dormancy state for seven months. Several field studies have demonstrated the role of dormant microscopic stages in sporophyte recruitment during population recovery (Barradas et al., 2011; Carney et al., 2013). It is unknown how long such stages can survive in the wild and how much they contribute to standing population recruitment. Carney et al. (2013) employed a paternity analysis study using plots where kelp was experimentally removed, and recruits and neighboring adults were sampled for genetic analysis. By assigning the paternity of recruits to adults that had since died, the authors found that some recruits went through a delayed recruitment period of at least seven months. Following the 1997-1998 El Nino event, Ladah et al. (1999) reported giant kelp sporophyte recruitment in Baja California, after a 7-month absence of adult sporophytes, with the nearest source population of adult sporophytes over 100 km away (further than spore dispersal capability). Given their observations, Ladah et al. (1999) proposed that recruitment occurred via local gametophyte or embryonic seedbanks. Other studies have found no evidence for giant kelp recruitment via delayed microscopic stages (Deysher and Dean, 1986; Reed et al., 1997)⁠. Reed et al. (1997) suggest that most sporophyte recruitment occurs from recently released spores and not dormant stages. Additionally, other field studies conclude that gametophyte stages can survive only for short periods in the field (Deysher and Dean, 1986; Reed et al., 1994)⁠ However, these studies did not look at the contribution of dormant stages to recruitment following extreme environmental conditions, such as ENSO, or the potential for variation in dormancy capacity between different populations.

The metapopulation paradigm has been used to interpret giant kelp population dynamics (Reed et al., 2006; Cavanaugh et al., 2013; Cavanaugh et al., 2014; Castorani et al., 2015; Castorani et al., 2017). These studies were informed by kelp canopy cover dynamics (aerial photography and Landsat) and modeled connectivity. It is timely now to revise the current giant kelp metapopulation perspective with the stability and levels of genetic diversity found here and in previous studies (Alberto et al., 2010; Alberto et al., 2011; Johansson et al., 2015). Previous patch connectivity studies consider single generation dispersal distances (Cavanaugh et al., 2014; Castorani et al., 2015; Castorani et al., 2017), where most spores disperse a maximum distance of ~2 km. This scale exceeds the scale of patch demographic synchrony (~500m) in SCB (Cavanaugh et al., 2013; Cavanaugh et al., 2014). It is, therefore, appropriate to understand how connectivity mediates the interdependence of patches, e.g., their extinction and colonization dynamics at an ecological relevant time scale. However, genetic differentiation, which results from multiple generation processes including stepping-stone dispersal (Alberto et al., 2010) is weak at this spatial scale. Multiple neighboring kelp patches, asynchronous in their canopy cover extinction-recolonization dynamics (Cavanaugh et al., 2013), are essentially a single genetic population (Johansson et al., 2015). Therefore, we argue that giant kelp forests in SCB should be described as “patchy populations,” defined by Harrison (1991) as a set of habitat patches linked by high levels of dispersal or escaping in time through dormancy, or both, preventing local extinctions and strong genetic structure. Patchy population dynamics arise when dispersal takes place on a spatial scale larger than that of local events causing population fluctuations. This includes dormancy effects that extend in time the genetic background of the patch and results from (among other processes) multiple generation dispersal. Giant kelp patchy populations differ from true classical metapopulations, sensu Hanski et al. (1995), because these require true patch extinction, which for kelp need to include all microscopic life stages and not only remotely-sensed sporophyte canopy. Until the “black box” of microscopic kelp stages is truly open it will be impossible to quantify true kelp patch extinction directly. The present study suggests that in SCB true giant kelp patch population extinctions might be a rare event. Undoubtedly, sporophyte patch extinction is critical to understanding the many ecological services provided by kelp forests, but only true extinction will inform kelp forest evolutionary trajectories.



Conclusion

The stability of genetic diversity despite extensive demographic decline is a positive finding for the health of this vital habitat. However, we still know very little about the tipping points (demographic or environmental) that would impact genetic diversity. The direction of environmental change in the region is concerning; for example, the observed long series of successive days above a threshold temperature of 22 °C are recent phenomena. Cavanaugh et al. (2019) showed, for the same region and disturbance period, that giant kelp canopy cover resistance is best explained by an absolute thermal threshold (mean SST of the warmest month) than by relative increases in temperature as measured by SST anomalies and heatwave days. We showed that these canopy cover effects have yet to impact the large effective population size typical of SCB giant kelp forest, but elsewhere we are already seeing the damaging effects of climate change in giant kelp (Wernberg et al., 2016; Arafeh-Dalmau et al., 2019; Cavanaugh et al., 2019), and other kelp taxa (Rogers-Bennett and Catton, 2019; Smale, 2020).

Remote census time series of demographic and environmental variation can be used to identify specific sites for additional genetic monitoring. Any future declines in genetic diversity associated with specific demographic and environmental variation, and their contrast to the levels reported in this study, should reveal the thresholds for genetic diversity loss in M. pyrifera. The extensive sampling in Johansson et al. (2015) provides ample geographic cover for future comparisons of genetic diversity change. At the same time, the Santa Barbara Coastal LTER curates a continuous time series of giant kelp canopy biomass for Central and Southern California (LTER, S. B. C. et al., 2017), and many remotely-sensed environmental variables are freely available from NOAA. These resources can be easily combined to design a genetic monitoring program that could be part of a regional kelp management plan.

More studies are needed to understand if, where, and how gametophytes play a role in population persistence, e.g., how long they can survive in the wild without a large adult population to replenish them. In addition, recent work shows the potentially damaging effects of climate change on microscopic stages (Hollarsmith et al., 2020)⁠. With such uncertainty about the impact of climate change on kelp systems, gametophyte banking is a valuable tool that may aid in restoring future populations and further understanding of cryptic life-history stages (Wade et al., 2020)⁠. The ex-situ maintenance of genetically diverse collections of gametophytes is also vital to reseed threatened populations. This approach has already been implemented in terrestrial seed collections held by many botanical institutions (Van Dooren, 2009)⁠ but is still in its infancy in their marine analogs. Our study highlights the need to establish such collections while genetic diversity remains. These collections can be used in the laboratory and field-based studies to understand variability in the niches of microscopic stages (Hollarsmith et al., 2020) and can help target specific traits that may promote resilience for future populations (Coleman et al., 2020; Edwards, 2022).
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OEBPS/Images/table2.jpg
Population (Code) Sample Year Latitude Longitude

Leo Carrillo (LCA-08) 2008 34°234.56"N 118°56'4.20"W
Leo Carrillo (LCA-18) 2018 34°2'34.56"N 118°56'4.20"W
Catalina Island Backside 1 (CIB-08) 2008 33°202.76"N 118°29’16.68"W
Catalina Island Backside 1 (CIB-19) 2019 33°20°2.76"N 118°29’16.68"W
Catalina Island Backside 2 (CIR-08) 2008 33°25'45.72"N 118°31’49.32"W
Catalina Island Backside 2 (CIR-19) 2019 33°25'45.72"N 118°31'49.32"W
Catalina Island Quarry (CIQ-08) 2008 33°26'32.51"N 118°28°20.88"W
Catalina Island Quarry (CIQ-19) 2019 33°26° 26.16"N 118°27" 45.00"W
Carlsbad (CBD-08) 2008 33°22’4.00’N 117°35°24.40"W
Camp Pendleton (CBD-18) 2018 33°17°27.28'N 117°29’59.89"W

n

27
27
40
40
40
40
39
39
35
35

Ar

8.07
7.12
8.28
8.08
7.89
8.48
779
7.83
8.12
7.73

Hyp

0.7745
0.7246
0.7742
0.7218
0.7308
0.7606
0.7372
0.7471
0.7756
0.7689

Hops

0.623
0.621
0.723
0.655
0.687
0.661
0.742
0.670
0.735
0.687

FIS

0.1991
0.1462
0.0669
0.0933
0.0608
0.1325
-0.0059
0.1042
0.0527
0.1083

B

0.0004*
0.0017*
0.007
0.0617
0.4604
0.0006*
0.9863
0.0025*
0.0044*
0.0028*

The table includes: population with code, sample year, latitude and longitude, sample size (), standardized allelic richness (Ag), non-biased expected heterozygosity (Hyy), observed

heterozygosity (Haps), inbreeding coefficient (Fyg), Fisher's exact test for Hardy Weinberg equilibrium p value (P).
*Bonferonni Correction Py and P: P < 0.005
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CIB-08
CIB-19
CIR-08
CIR-19
CIQ-08
CIQ-19
CBD-08
CBD-18

LCA-08

0.0117*
0.0535**
0.0849**
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All Fgp values are for 2008 (-08) and 2018/19 (-18; -19) sites of M. pyrifera in Southern California sampled in 2008 and 2018/19, respectively. The lowest Fgr values occurred between 2008
and 2018/19 samples for the same site, apart from the two backside sites on Catalina (CIB and CIR).
*Significance at the 0.05 probability level. **Significance at probability level <0.001. +Non-significant.
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All canopy biomass proportions are based off 30 km buffers, with proportions averaged across all Catalina Island sites, and the 2018/19 and 2008 Carlsbad locations. AMB, annual max

biomass.
* Pearson’s Correlation probability <0.05.
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