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Sessile invertebrates perform essential ecological functions in coastal ecosystems. This study aimed to provide an in-depth analysis of the status and distribution of sessile invertebrates along the peninsular coasts of South Korea, focusing on the potential ecological impacts of non-indigenous species. Fourteen sampling sites along the coastline of the Korean Peninsula were surveyed four times over a year, once in each season, to investigate the subtidal communities of sessile invertebrates. Based on the community data, this study identified indigenous and non-indigenous species and classified them into broadly present and regionally dominant species among geographically distinct coastal ecosystems in Korea. Effects of non-indigenous species on biodiversity within their dominance range were analyzed to identify species with potential significant ecological impacts. Results indicated that while some dominant non-indigenous species had no significant effects, others such as Amphibalanus amphitrite were associated with a loss of biodiversity in the Yellow Sea. This study highlights the importance of clearly distinguishing the range of dominant species and emphasizes the need for continuous monitoring to support early detection and inform management strategies for reducing negative impacts of non-indigenous species. This research provides new insights for assessing the influence of non-indigenous species within sessile invertebrate communities.
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1 Introduction

In coastal ecosystems, sessile invertebrates perform crucial ecological functions (Sarà, 1986). These communities can exhibit multiple stable states depending on environmental conditions and disturbances (Sutherland, 1990). Due to their inability to relocate once settled, they are often considered a stable source of biodiversity within specific marine ecosystems (Stachowicz et al., 1999). These organisms carry out various ecological roles from their fixed positions, contributing to forming physical structures and cycling nutrients within the ecosystem (Sarà, 1986). For example, sessile invertebrates such as sponges and corals can filter water and feed on organic particles, thereby supporting the health and survival of marine biological communities (Stachowicz et al., 2007). They also provide habitat and protection for other marine organisms, acting as key structural elements within the ecosystem (Stachowicz et al., 2007). As ecosystem engineers, sessile invertebrates can modify physical properties of their habitats, regulate resource availability, and facilitate interspecies interactions. These ecological functions are essential for maintaining the complexity and health of marine ecosystems (Stachowicz et al., 1999).

Sessile invertebrates tend to carefully select their habitats during the early larval settlement stage based on environmental factors (Ubagan et al., 2021). Additionally, specific surface structures and chemical signals play significant roles in helping larvae find suitable habitats (Whalan et al., 2015). Furthermore, larvae can avoid substrates with high mortality risks, demonstrating that their habitat choice during the larval stage can significantly impact their survival and reproduction after settlement (Grosberg, 1981). Due to these characteristics, extensive research has been conducted on the distribution and spread of sessile invertebrates (Bishop et al., 2015; Williams et al., 2016).

Increasingly, the introduction and spread of non-indigenous species have been threatening marine ecosystems. These species can enter marine ecosystems through various pathways, leading to reduced biodiversity and impaired ecosystem functions (Bishop et al., 2015). Non-indigenous species often possess high competitiveness and adaptability, allowing them to infringe upon indigenous species’ habitats and compete with them for resources. For example, several non-indigenous species, such as the green mussel Perna viridis, the purse oyster Isognomon bicolor, and the Pacific oyster Crassostrea gigas, exhibited higher tolerance to environmental stressors like low salinity, low oxygen, and high temperature compared to their native counterparts (Lenz et al., 2011). This ability to better withstand adverse environmental conditions may provide a significant advantage for non-indigenous species in establishing and spreading within new ecosystems. Beyond these ecological impacts, the spread of non-indigenous species can result in economic losses and social issues (Williams et al., 2016). Therefore, research and policy efforts are crucial to preventing and managing the introduction and spread of non-indigenous species (Lehtiniemi et al., 2015).

Recent research trends emphasize the need to distinguish whether non-indigenous species contribute to biodiversity loss in the ecosystems where they are introduced (Jeschike et al., 2014). This is because some non-indigenous species may have neutral or even positive interactions within ecosystems they invade (Vilà and Hulme, 2017; Guerin et al., 2018). To make this distinction, it is important to clearly delineate the scope of their potential impacts when assessing and managing effects of non-indigenous species on ecosystems. Accurately understanding whether non-indigenous species have positive, neutral, or negative impacts is crucial for assessing their influence on ecosystems.

Marine ecosystems of South Korea, encompassing those in the East Sea, Korea Strait, and Yellow Sea, provide a useful environment for investigating the complex dynamics of sessile invertebrate communities (Park et al., 2017). These three coastal areas exhibit different marine environmental characteristics, significantly influencing sessile invertebrates’ distribution and community structure (Ubagan et al., 2021). The East Sea is influenced by both warm and cold currents, while the Korea Strait is primarily affected by a warm current. The shallow, semi-enclosed Yellow Sea is highly influenced by freshwater inflow. This diversity of environmental conditions within the relatively narrow coastal regions allows for research across a variety of complex habitats (Chang et al., 2002; Choi et al., 2009). The diversity of habitats in coastal ecosystems of South Korea is related to high biodiversity (Chung et al., 2015). Local surveys and classifications of specific invertebrates have been continuously conducted for many years (Ryu et al., 2012; Park et al., 2014; Yu et al., 2021). However, differences in survey periods and techniques among studies have limited our ability to conduct comprehensive ecological analyses.

This study aimed to investigate the status and distribution of sessile invertebrates along the coasts of South Korea. By identifying dominant indigenous and non-indigenous species, the ecological impacts of non-indigenous species could be understood. To achieve our aim, we categorized species into two types based on their distribution patterns: (1) broadly present species that occur across all study regions and (2) regionally dominant species that are abundant only in specific regions. We then analyzed how these non-indigenous species affect local biodiversity to identify which species have significant ecological impacts. This study aligns with current ecological research trends and can serve as an example for examining the effects of non-indigenous species.




2 Materials and methods



2.1 Study areas and sampling sites

The coastal regions of South Korea are divided into three distinct areas: the East Sea, the Korea Strait, and the Yellow Sea (Figure 1). Given that ports and harbors serve as primary entry points for non-indigenous species via international maritime traffic, sampling sites were strategically selected to focus on major ports that receive international trading vessels and recreational boats (Bailey, 2015; Carlton and Ruiz, 2015). Therefore, all the names of sampling sites represent the most critical harbors in each sampling site. In the East Sea, five sampling sites (Sokcho, Donghae, Jukbyeon, Yangpo, and Ulsan) were selected. In the Korea Strait, five sites (Busan, Tongyeong, Gwangyang, Yeosu, and Wando) were selected. In the Yellow Sea, four sites (Mokpo, Bieung, Dangjin, and Incheon) were chosen. Thus, a total of 14 sampling sites were selected for our investigation. These sampling sites are characterized by:




Figure 1 | Map for coastal regions and sampling sites with abbreviation in parentheses. East Sea (red circles): Sokcho (SC), Donghae (DH), Jukbyeon (JB), Yangpo (YP), Ulsan (US); Korea Strait (green circles): Busan (BS), Tongyeong (TY), Gwangyang (GY), Yeosu (YS), Wando (WD); Yellow Sea (blue circles): Mokpo (MP), Bieung (BE), Dangjin (DJ), Incheon (IC).



1) Regular international traffic, including cargo ships and recreational vessels.

2) Diverse artificial structures such as port walls and anchors provide suitable settlement substrates for non-indigenous sessile invertebrates, which can also settle on natural substrates such as rocks and wood.

This site selection strategy allows for effective monitoring of the initial establishment and subsequent spread of non-indigenous species, which is crucial for early detection and management of potential invasive species in Korean coastal waters.




2.2 Sampling design

Sessile invertebrates at each sampling site were investigated following the method outlined in a previous study (Ubagan et al., 2021). At each sampling site, three points were selected at both ends and center of the harbor, maintaining a minimum spacing of 10 meters between points. At each point, ten acrylic attachment plates (30 cm x 30 cm, positioned with an interval of 20 cm; Supplementary Figure S1A) were connected in a single vertical line and installed at depths ranging from 1 m to 3 m from the sea level at low tide. The plates were installed with a vertical orientation to the water surface to allow for the colonization of sessile invertebrates (Supplementary Figure S1B). Given that these ten plates at each point were attached to a single line and thus not independent samples, data from all ten plates were combined to generate a single measurement for each point. Therefore, each sampling site yielded three independent replicate measurements (one from each point) per season.

Seasonal sampling can effectively capture community-level changes in invertebrates; monitoring was conducted quarterly to represent seasonal variations in community structure (Turner and Trexler, 1997). While some fouling organisms may complete their life cycles in shorter periods, our three-month intervals were designed to capture broader seasonal patterns (July, summer; October, fall; January, winter; April, spring) that characterize environmental conditions in South Korean coastal regions. Each attachment plate was installed during the first week of April, July, and October in 2017 and January in 2018. Monitoring of sessile invertebrates on attachment plates was carried out three months after installation (i.e., July 2017, October 2017, January 2018, and April 2018). Attachment plates were removed from under the seawater and placed on a flat surface for monitoring (Supplementary Figure S1C). Subsequently, data were collected by capturing images of the attachment plate surfaces using a vertically fixed digital camera (Olympus Tough TG-5; Supplementary Figure S1D). During each seasonal monitoring event, environmental parameters (water temperature and salinity) were measured once using a YSI Pro Plus meter (YSI, USA) at the time of plate monitoring (Supplementary Table S1).




2.3 Identification and percent cover

Most of the observed sessile invertebrates were identified to the genus or species level based on identification manuals (Kim, 1998; Seo, 2005; Kim, 2011). Due to the three-dimensional nature of target species where organisms grow on top of each other, our observations and measurements were limited to the visible top layer of organisms when photographing the plates. Identification of target species was primarily conducted in the field and confirmed in the laboratory using image data. In instances where species identification posed difficulties, additional samples were collected from attachment plates for further examination. Through these extensive identification efforts, unidentified coverage area was less than 1% of the total attachment plate area. Monitoring image data of each attachment plate was processed using ImageJ software (Schneider et al., 2012) to calculate the area of each identified species. The percent cover was calculated as the ratio of the area occupied by each identified species to the total area of the attachment plate. This measure of percent cover was used as a proxy for species abundance. Species richness was determined as the total number of species present on each plate, while species diversity was calculated using the Shannon-Wiener index based on the presence and relative proportions of different species. These methods have been widely employed to measure the recruitment potential and community characteristics of sessile invertebrates (Fisk and Harriott, 1990; Guy-Haim et al., 2015; Ubagan et al., 2021; Lee et al., 2022).

The classification of species as indigenous or non-indigenous was based on published taxonomic and biogeographic literature (see Table 1 for complete references). This literature-based approach, while not able to determine the exact arrival dates of non-indigenous species, provides the most reliable scientific basis currently available for distinguishing between indigenous and non-indigenous species in coastal waters of South Korea (Lozano et al., 2017).


Table 1 | List of observed species and their abbreviations (species identified as non-indigenous are specially indicated with references).






2.4 Statistical analysis

Data from all ten plates were pooled for each point within a site and season to generate a single measurement of percent cover, species richness, and diversity. Therefore, all statistical analyses were conducted using three true replicates per site (from the three separate points), with each replicate representing the combined data from ten plates.

In this study, the Shannon-Wiener Diversity index (H’) was used to evaluate species diversity of the invertebrate community at each sampling site. The Shannon-Wiener Diversity index is a comprehensive metric that considers species richness and evenness of species abundance within a community. This index is commonly used in ecological research. It was calculated using the following equation (Shannon, 1948):

	

where pi was the relative frequency of species i in the community and S was the number of species in that community. In this study, we designed our research to investigate the potential influence of four monitoring time points and three different coastal regions as primary factors affecting the clustering of sessile invertebrates. To assess the impact of these two factors, we conducted a two-way analysis of variance (ANOVA) considering environmental variables (sea surface temperature and salinity) and community characteristics (abundance, species richness, Shannon-Wiener diversity index).

To differentiate between broadly present species, which are significantly abundant across all regions, and regionally dominant species, which are significantly abundant in specific regions, we used Z-score and Indicator value (IndVal). The Z-score was used to identify broadly present species. A Z-score standardizes the frequency of each species, indicating standard deviations from the mean (Warner, 2016). This allowed us to evaluate whether the frequency of a particular species in each region was statistically significant. The mean and standard deviation of the frequency for each species were calculated and used to convert the frequency into a Z-score. The Z-score was calculated as follows:

	

where X was the percent cover of each species, μ was the mean percent cover of all detected species, and σ was the standard deviation of percent covers of all detected species. If a species has a Z-score of 1.96 or higher, the species is significantly more abundant than average at a 95% confidence interval. Therefore, species with a Z-score higher than 1.96 were classified as broadly present species.

For regionally dominant species, indicator value (IndVal) of species was determined following the approach outlined by Dufrêne and Legendre (1997). The maximum value of IndVal is 1.00 when all individuals of a species are exclusively found in a single treatment group of sites (indicating high specificity) and when the species is present in all sites within that group (indicating high fidelity). In essence, the IndVal takes into account both specificity and fidelity simultaneously, with the goal of identifying species that exhibit a significant preference for the analyzed site or treatment group.

Among non-indigenous species, broadly present species and regionally dominant species were selected. Although two-way ANOVA did not indicate significant differences in most community characteristics, species richness varied depending on season. Consequently, Min-Max normalization was employed to normalize the Shannon-Wiener index by season. This data transformation method involves organizing data based on the maximum and minimum values ratio, adjusting all values within a range of 0 to 1. In this study, the normalized Shannon-Wiener index was calculated using the following formula:

	

Linear regression analyses were performed to examine relationships between the percent cover (%) of selected non-indigenous and the Normalized Shannon - Wiener Index. If the estimated slope of the linear regression analysis showed a significant negative correlation, it indicated that an increase in the abundance of the non-indigenous species was associated with a decrease in the biodiversity of the sessile invertebrate community. To unravel this relationship, the null hypothesis that the regression slope was non-negative was tested using one-sided t-test.

Two-way ANOVA and linear regression analysis were conducted using statistical analysis software (SAS Institute, 2011). IndVal analyses were performed using R version 4.3.1. The ‘indval’ function in the labdsv package was employed. The R programming language was obtained from http://cran.r-project.org (R Core Team, 2013). All analyses were conducted at a significant level of 5%.





3 Results



3.1 Environmental variable

Sea surface temperature and salinity data in the three coastal regions from 2017 to 2018 were collected (Figure 2; Supplementary Table S1). The average sea surface temperature exhibited significant variations depending on the season, clearly indicating seasonal effects. The lowest average temperature was recorded in January 2018 at 10.93°C ± 0.49°C in the East Sea, while the highest average temperature of 23.63°C ± 0.86°C was observed in the Yellow Sea in July 2017. Similarly, other coastal regions displayed similar seasonal temperature trends. Salinity levels also varied with different patterns. In January 2018, the East Sea had the highest average salinity at 34.57 ± 0.53 psu, whereas the Korean Strait had the lowest average salinity in July at 30.02 ± 5.62. These observations were further emphasized through a two-way ANOVA (Supplementary Table S2). In the sea surface temperature analysis, the effect of season was highly significant (F3, 56 = 105.9, p < 0.001). However, the coastal region’s effect was insignificant (F2, 56 = 2.36, p = 0.11), indicating that seasonal variations primarily drove regional differences. Furthermore, both effects of monitoring time points and coastal regions on salinity were significant (F3, 56 = 3.74, p = 0.018 for sea surface temperature; F2, 56 = 6.3, p = 0.004 for salinity).




Figure 2 | Temporal variations in sea surface temperature (°C; A) and salinity (psu; B) in coastal regions across sampling date. The accompanying error bar represents standard deviation.






3.2 Observed sessile invertebrates

During a year of monitoring, a total of 16 families and 28 species were identified (Table 1). Among them, nine species were classified as non-indigenous based on the literature (Table 1). These species include Mytilus galloprovincialis (MGA), Amphibalanus amphitrite (AAM), Perforatus perforatus (PPE), Watersipora subtorquata (WSU), Didemnum vexillum (DVE), Ascidiella aspersa (AAS), Botryllus schlosseri (BSC), Botrylloides violaceus (BVI), and Styela plicata (SPL) (Table 1).




3.3 Percent cover of observed species

Seasonal variations in dominant species and the presence of non-indigenous species were investigated based on percent cover of observed species on attachment plates at different sampling sites (Figure 3). In July 2017, the dominant species in the East Sea were B. schlosseri and W. subtorquata. These two non-indigenous species showed the highest percent cover of 4.3% at DH and 6.7% at YP, respectively. In the Korea Strait, the dominant species was P. perforatus at BS with an percent cover of 15.3% and A. aspersa at TY with an percent cover of 8.1%. In the Yellow Sea, dominant species included D. vexillum at BE with a percent cover of 13.6% and Tricellaria occidentalis at IC with a percent cover of 11.1%. In October 2017, the East Sea was dominated by M. galloprovincialis at YP with a percent cover of 6.7%. The Korea Strait was dominated by M. galloprovincialis at BS with a substantial percent cover of 44.6%. In the Yellow Sea, A. amphitrite, a non-indigenous species, was the dominant species at Incheon with a percent cover of 10.8%. The significant presence of M. galloprovincialis in both the East Sea and Korea Strait indicated its strong seasonal adaptation in October 2017. In January 2018, M. galloprovincialis dominated YP in the East Sea with a percent cover of 16.0%. The Korea Strait showed dominance by D. vexillum at YS with an percent cover of 11.3% and Amphibalanus eburneus at TY with a percent cover of 20.6%. In the Yellow Sea, M. galloprovincialis was highly prevalent at MP with a percent cover of 44.4%, while D. vexillum was dominant at BE with a percent cover of 22.2%. In April 2018, the dominant species in the East Sea was D. vexillum at YP and US with percent cover of 20.1% and 11.4%, respectively. The Korea Strait featured A. aspersa as a dominant species at TY with a percent cover of 17.6% and Amphibalanus improvisus at YS with a percent cover of 34.9%. The Yellow Sea’s dominant species included M. galloprovincialis at MP with a percent cover of 46.8% and D. vexillum at BE with an percent cover of 8.2%. Two-way ANOVA of total percent cover of non-indigenous species (grayscale bar in Figure 3; Supplementary Table S3) showed no significant differences among sampling dates (F3,55 = 1.45, p = 0.2423), but revealed significant differences among coastal regions (F2,55 = 4.05, p = 0.0244). Post-hoc Tukey test indicated that the Yellow Sea had significantly higher percent cover of non-indigenous species compared to the Korea Strait (p < 0.05).




Figure 3 | Percent cover (%) of observed species on attachment plates for each sampling site according to sampling date [(A) Summer, 2017-07; (B) Fall, 2017-10; (C) Winter, 2018-01; (D) Spring, 2018-04). Dominant species and their percent cover (in parentheses) are indicated above the bar for each sampling site. Species shown in grayscale and marked with an asterisk (*) indicate non-indigenous species.






3.4 Characteristics of communities

Community characteristics of sessile invertebrates were analyzed based on data collected from three coastal regions (East Sea, Korea Strait, and Yellow Sea) at four different time points (July 2017, October 2017, January 2018, and April 2018). For all species combined, means and standard deviations of total abundance, species richness, and Shannon-Wiener Index for each sampling date and region were estimated and tested by two-way ANOVA to determine whether there was a significant difference according to sampling date and region (Figure 4; Supplementary Table S4, S5).




Figure 4 | Means and standard errors of total abundance (A), species richness (B), and Shannon index (C) were calculated for each sampling date across the coastal region. A two-way ANOVA revealed a significant difference in species richness among sampling dates (Supplementary Table S3). Groups labelled with the same letter indicate that the group is statistically equivalent (Tukey’s test; p < 0.05).



The mean total abundance of invertebrates varied across sampling dates and regions. The East Sea showed the highest mean abundance (28.8 ± 15.7) in October 2017 and the lowest (16.5 ± 4.2) in April 2018. In the Korea Strait, the highest mean abundance (34.7 ± 15.9) was observed in April 2018 and the lowest (20.3 ± 3.7) was observed in October 2017. The Yellow Sea exhibited the highest mean abundance (29.7 ± 10.0) in April 2018 and the lowest (11.9 ± 6.3) in July 2017. A two-way ANOVA revealed no significant difference in total abundance across sampling dates (F3, 55 = 0.914, p = 0.442) or regions (F2, 55 = 0.769, p = 0.470). Species richness represented by the mean number of species also varied across sampling dates and regions. The East Sea showed the highest species richness (12.0 ± 1.8) in October 2017 and the lowest (9.4 ± 0.9) in April 2018. In the Korea Strait, the highest species richness was recorded at 11.4 ± 1.2 in October 2017 and the lowest one (8.0 ± 1.1) was found in April 2018. The Yellow Sea exhibited the highest species richness (11.5 ± 1.7) in January 2018 and the lowest (4.8 ± 2.2) in April 2018. A two-way ANOVA indicated significant differences in species richness across sampling dates (F3, 55 = 3.784, p = 0.017), while no significant difference was found across regions (F2, 55 = 0.507, p = 0.606). These results indicated that species richness was higher in October 2017, corresponding to the Fall season than in other sampling dates (Figure 4B). The Shannon-Wiener diversity index known to consider both species richness and evenness was analyzed. The East Sea had the highest mean Shannon index (1.5 ± 0.5) in October 2017 and the lowest (1.1 ± 0.3) in July 2017. In the Korea Strait, the highest Shannon index (1.628 ± 0.253) was observed in July 2017 and the lowest one (1.4 ± 0.3) was found in April 2018. The Yellow Sea showed the highest Shannon index (1.5 ± 0.3) in January 2018 and the lowest (0.9 ± 0.5) in April 2018. Two-way ANOVA results showed no significant difference in corrected Shannon index across sampling dates (F3, 55 = 0.862, p = 0.468) or regions (F2, 55 = 0.839, p = 0.439).

In summary, while total abundance and the Shannon-Wiener diversity index did not show significant variation across different sampling dates or regions, species richness was significantly higher in Fall than those from other sampling dates.




3.5 Broadly present species and regionally dominant species

According to the season, the three broadly present species were significantly more dominant based on Z-score analysis (Table 2, Supplementary Table S6). The Fall sampling showed an average percent cover (Balanus trigonus) of 3.2% for indigenous species, with a Z-score of 2.15. In contrast, for non-indigenous species, B. schlosseri exhibited a percent cover of 4.8% (Z-score = 2.17) in the summer sampling and M. galloprovincialis showed a percent cover of 6.0% (Z-score = 1.96) in the winter sampling.


Table 2 | Indigenous and non-indigenous species for broadly present species identified using Z-scores across different sampling periods (numbers in parentheses represent percent cover and the Z-score, respectively).



Indigenous and non-indigenous species of regionally dominant species were subjected to Indicator (IndVal) analysis (Table 3). In the East Sea, the indigenous species Halichondria bowerbanki demonstrated a significant IndVal of 0.495. The non-indigenous species P. perforatus showed a notable IndVal of 0.656. The Korea Strait’s data revealed no significant indigenous or non-indigenous species. The Yellow Sea showed significant indigenous species, including Bugulina californica (IndVal: 0.324), Ciona savignyi (IndVal: 0.835), and Molgula manhattensis (IndVal: 0.250). In terms of non-indigenous species, A. amphitrite and D. vexillum had IndVal of 0.480 and 0.420, respectively.


Table 3 | Indigenous and non-indigenous species for regionally dominant species with statistically significant IndVal across different coastal regions (p < 0.05, numbers in parentheses represent IndVal values of respective species in each region).






3.6 Relationship between non-indigenous species and biodiversity

Linear regression analyses were performed to examine the relationship between percent cover (%) of selected non-indigenous species (broadly present species and regionally dominant species) and normalized Shannon-Wiener index (H’) (Figure 5). The 95% confidence intervals for slopes and intercepts of each regression analysis are summarized in Supplementary Table S7.




Figure 5 | Linear regression analyses examining the relationship between selected non-indigenous species’ percent cover (%) and normalized Shannon-Wiener index (H’). Broadly present species: (A) Botryllus schlosseri (BSC), (B) Mytilus galloprovincialis (MGA); regionally dominant species: (B) Amphibalanus amphitrite (AAM), (D) Didemnum vexillum (DVE), and (E) Perforatus perforatus (PPE). Red lines represent regression lines with their respective equations shown. The horizontal dashed line indicates average of normalized Shannon-Wiener Index (Avg. Nor. H’). Blue and orange dots represent data points higher or lower than Avg. nor. H’, respectively. R² values, confidence intervals for the slope and intercept, and hypothesis test results for the slopes are provided. Detailed confidence intervals are summarized in Supplementary Table S5.



For broadly present species, regression analysis showed that B. schlosseri had a regression line of y = −0.029x + 0.55 with an R2 value of 0.1440 and that M. galloprovincialis had a regression line of y = 0.011x + 0.42 with an R2 value of 0.1830 (Figures 5A, B). B. schlosseri displayed a negative slope. However, statistical analysis indicated that this result was insignificant (t = -1.3005, p = 0.1113). The slope of M. galloprovincialis was not statistically significant either (t = 1.5698, p = 0.9276). For regionally dominant species, the regression analysis for A. amphitrite showed a significant negative correlation with a slope of -0.053 (t = -1.8439; p < 0,0441) (Figure 5C). The equation of the regression line was y = −0.053x+0.63 with an R² value of 0.2073. These results indicate that an increase in the percent cover of A. amphitrite is associated with a significant decrease in the normalized Shannon-Wiener index (Nor. H’). For D. vexillum, the regression analysis resulted in a positive slope of 0.012 (Figure 5D). The equation of the regression line was y = 0.012x + 0.43 with an R² value of 0.0987. Results of t-test revealed that the slope was not negative (t = 1.1930; p = 0.8729) and that the percent cover of D. vexillum was not associated with a decrease in Nor. H’. For P. perforatus, the regression analysis showed a positive slope of 0.015 (Figure 5E). The equation of the regression line was y = 0.015x + 0.59 with an R² value of 0.0053. Similar to D. vexillum, the slope for P. perforatus was not negative either (t = 0.3111; p = 0.6204), indicating no significant negative impact on Nor. H’ from this species.





4 Discussion

Sessile invertebrates in coastal regions are often considered an important and stable source of biodiversity within specific marine ecosystems due to their limited mobility within their habitats (Sutherland, 1990). These organisms perform a variety of ecological functions and hold a crucial status within the food web as consumers of organic particles (Yang et al., 2019). Habitats of these sessile invertebrates are essential for completing their life cycles, suggesting that they experience more significant resource limitations than other biological groups, especially concerning non-indigenous species (Grosberg, 1981; Blythe and Pineda, 2009; Sellheim et al., 2010). While adverse impacts of non-indigenous species are widely recognized, recent studies have indicated that impacts of non-indigenous species are often challenging to assess since not all species play detrimental roles in their ecosystems (Charro et al., 2010; Milanović et al., 2020). These finding suggest that consistently monitoring non-native species is crucial to accurately identifying regions and seasons for negative impact of non-indigenous species.

Our study suggests the importance of distinguishing between broadly present species and regionally dominant species when considering the potential ecological impacts of non-indigenous species. Often, studies related to non-indigenous species focus on categorizing the level of risk or predicting their future spread over time (Leidenberger et al., 2015; Ojaveer et al., 2015; Ubagan et al., 2021). Although the three coastal regions of Korea are closely connected, they exhibit different environments (Park et al., 2017). Due to significantly different oceanographic characteristics among these three coastal regions, the Yellow Sea has the lowest salinity and the most significant annual variation in water temperature, while the East Sea shows an opposite trend (Chang et al., 2002; Choi et al., 2009). These trends can potentially result in certain sessile invertebrate species predominantly appearing in specific coastal regions. Despite the environmental differences among these regions, some species are dominant in all of them during particular seasons. Therefore, it is crucial to understand non-indigenous species’ habitats in the area and clearly define the extent of their potential influence to assess their impact in specific regions.

Our findings support several studies suggesting that sessile organisms in marine ecosystems can be relatively stable against environmental changes such as annual climate variation (Smale et al., 2015; Virta et al., 2020). Richness showed slight seasonal variations based on various indices presented in this study and the diversity index did not exhibit significant differences across seasons or regions throughout the year. For sessile organisms, relocation is impossible once they select a habitat, suggesting that they may invest substantial energy to maintain their ecological functions under varying environmental conditions. This energy investment is crucial for maintaining their stability and ensuring their survival. For instance, corals tend to concentrate energy on keeping their body tissues when resource availability is low to survive (Leuzinger et al., 2012). This characteristic of marine sessile organisms implies that they can maintain biodiversity and perform ecosystem functions despite relatively high levels of environmental changes. In this respect, due to their inability to relocate once settled, when non-indigenous species successfully establish and begin to dominate, it becomes extremely challenging to mitigate their negative impact on local biodiversity. For example, the non-indigenous sponge Diplosoma listerianum can negatively impact the survival of native species by occupying more space as the frequency and magnitude of disturbances increase, making ecosystem recovery challenging (Altman and Whitlatch, 2007). This suggests the importance of comprehensive monitoring of invasive species for several key reasons: (1) early detection of potentially harmful non-indigenous species before they become established and cause significant biodiversity loss (Lehtiniemi et al., 2015); (2) identification of areas susceptible to invasion, which is crucial for implementing targeted prevention and management strategies (Chainho et al., 2015; Zabin et al., 2014); (3) evaluation of invasion success rates and spread patterns to predict future invasions (Ubagan et al., 2021); and (4) assessment of management effectiveness through tracking temporal changes in species abundance and distribution (Chainho et al., 2015). Furthermore, as shown in studies like Ávila et al. (2018), without comprehensive monitoring it would be impossible to identify problematic species like A. amphitrite and implement interventions before significant ecological damage occurs. The remarkable success of some non-indigenous species in colonizing new areas, as evidenced by our findings, emphasizes why monitoring must be a cornerstone of invasion management strategies.

Generally, for a specific sessile organism to complete its life cycle, environmental factors affecting it must be within the range that allows for its survival and reproduction (Bates, 2005). This indicates that each species has a different range within which it can spread and influence a particular ecological community. In this study, the different ranges of temperature and salinity observed in the three coastal regions highlight their unique characteristics, leading to the conclusion that distinguishing broadly present species from regionally dominant species can be a highly effective research approach. In results of Z-score, among indigenous species, B. trigonus identified as a broadly present species in Fall is one of the best-known native barnacles. It is widely distributed across all coastal regions of Korea (Ubagan et al., 2021). Additionally, C. savignyi showing the highest IndVal is known to be a well-established indigenous species along the Korean coast (Yi and Kim, 2020). These analysis results suggest that both native species are dominantly present along coasts of Korea, with B. trigonus being widespread nationally and C. savignyi predominantly in the Yellow Sea. This indicates that our approaches can scientifically derive the dominance and main distribution of native species.

The distinction of dominance areas is even crucial for non-indigenous species, which always have the potential to cause negative impacts (Jeschike et al., 2014). In this study, the distinction of dominant areas is crucial for non-indigenous species, as our results showed that dominant non-indigenous species are associated with a significant reduction in biodiversity in specific regions. If their dominance leads to resource competition and a subsequent decrease in biodiversity in specific areas, it becomes essential to define areas where such decreases can occur. Additionally, one-year sampling results of this study revealed that the diversity index remained statistically stable both temporally and spatially. This result enables further analysis. This finding made it possible to examine the correlation between the density of each dominant non-indigenous species and the overall diversity index to determine whether these species are associated with the reduction in biodiversity. This study statistically identified two broadly present species and three regionally dominant species. However, the only species that contributed to a statistically significant decrease in biodiversity was A. amphitrite in the Yellow Sea. A. amphitrite is one of the major sessile marine organisms (barnacle) distributed worldwide. It is known for its high survival rate and rapid growth in various environmental conditions (Ávila et al., 2018). In addition, it exhibits a high filtration rate, which gives it a significant competitive advantage in resource competition (Nakai et al., 2018). Recent related studies have reported that A. amphitrite contributes to regional biodiversity declines in areas such as Mexico, Europe, and South Korea (Torres et al., 2012; Ávila et al., 2018; Rech et al., 2018; Ubagan et al., 2021).

This study provides a basis and approach for prioritizing the management of non-indigenous species. It suggests that A. amphitrite requires focused management due to its potential role in biodiversity decline along the Korean coast. Management efforts should prioritize high-risk areas, such as ports and harbors, which often serve as key entry points for non-indigenous species. Despite these results, there are current limitations in species-specific control methods. Available management approaches such as antifouling coatings (Jin et al., 2014), nitric oxide treatments (Zhang et al., 2015), and surface modifications (Chaw et al., 2011) show significant controlling A. amphitrite. However, these methods affect entire communities rather than targeting specific species, making it difficult to achieve control of individual species. This limitation makes the accumulation of continuous monitoring results even more important. Both evaluating current control methods and assessing future technological solutions require comprehensive long-term monitoring data. Marine ecosystems exhibit substantial heterogeneity in environmental conditions, community compositions, and ecological interactions across different regions and temporal scales. Systematic monitoring across these diverse environments serves multiple crucial purposes: (1) identifying how the impacts of non-indigenous species vary under different environmental conditions, (2) providing baseline data essential for evaluating both current and future control methods, and (3) revealing specific biological patterns and behavioral responses that could inform the development of species-specific management approaches. The effectiveness of any new control methods may vary depending on local environmental conditions and population characteristics.

There are certain limitations that warrant further study. First the three-month exposure period of our attachment plates may not have been sufficient to demonstrate complete succession and thus may not fully reflect competitive interactions regarding space occupancy. This limitation aligns with the findings of Sutherland and Karlson (1977), who emphasized the unpredictable nature of early community development due to variable larval recruitment patterns and the strong inhibitory effects of resident adults on subsequent colonization. They observed that a longer observation period, often exceeding one year, was necessary to capture equilibrium species composition and fully understand the dynamics of competitive interactions. These insights suggest that the three-month exposure may not adequately capture the temporal complexity of marine community succession. Moreover, Arnold and Steneck (2011) showed that substrate succession using attachment plates in coral nursery microhabitats typically progresses from early colonizers to late successional species over extended periods. Our short exposure period might have captured only the early to mid-successional stages of community development. However, even within our one-year sampling period, we found compelling evidence of the impact of A. amphitrite on biodiversity across multiple sampling sites. The dominance of A. amphitrite in the Yellow Sea was associated with significantly lower species diversity than in other regions, even in studies with relatively short exposure periods. Although the observation period was insufficient to capture equilibrium species composition, our findings indicate that the early establishment of A. amphitrite can cause short-term reductions in biodiversity. These results align with Ávila et al. (2018), who investigated A. amphitrite presence on native oyster species in the Gulf of Mexico and found significant spatiotemporal variation in its distribution and abundance patterns within a similar timeframe. They demonstrated that increases in A. amphitrite population density and competitive ability could threaten the stability of oyster populations and other organisms. Similarly, the significant negative correlation between A. amphitrite abundance and biodiversity underscores its potential to disrupt ecosystem stability as an invasive species. Long-term monitoring will be essential to validate these patterns further and provide insights into temporal changes, including the dynamics of early and late successional species. Consequently, additional research is necessary to understand the mechanisms of space occupancy and its role in shaping community structure.




5 Conclusions

This study provides an analysis of the current status and distribution of sessile invertebrates along coasts of South Korea, with a particular focus on ecological impacts of non-indigenous species. By identifying and classifying dominant species into broadly present and regionally dominant categories, it was possible to assess their influence on biodiversity within their respective dominance ranges. Findings of this study revealed that while some non-indigenous species might interact neutrally or positively with the local ecosystem, others such as A. amphitrite could pose significant threats to biodiversity, especially in regions like the Yellow Sea.

This study supports the idea that the community of sessile invertebrates is a stable source of biodiversity. In addition, the results emphasize the importance of continued monitoring of non-indigenous species to protect biodiversity and ecosystem functions. Understanding the dynamics of invasive species, such as A. amphitrite, and their interactions with native communities is crucial for predicting potential ecosystem disturbances. Although this study focused on the effects of a relatively short exposure period, the findings provide valuable insights into priority species and regions that require attention, further underscoring the need for long-term monitoring. Given the rapid changes occurring in marine environments, proactive biodiversity monitoring is essential for effective responses.
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