

[image: image1]
Understanding Contaminant Migration Within a Dynamic River Corridor Through Field Experiments and Reactive Transport Modeling












	
	ORIGINAL RESEARCH
published: 25 November 2020
doi: 10.3389/frwa.2020.533796






[image: image2]

Understanding Contaminant Migration Within a Dynamic River Corridor Through Field Experiments and Reactive Transport Modeling

Xingyuan Chen*, John M. Zachara, Vince R. Vermuel, Glenn Hammond, Mark Freshley and Yilin Fang

Pacific Northwest National Laboratory, Richland, WA, United States

Edited by:
Harrie-Jan Hendricks Franssen, Helmholtz Association of German Research Centers (HZ), Germany

Reviewed by:
Kenneth Hurst Williams, Lawrence Berkeley National Laboratory, United States
 Rui Ma, China University of Geosciences Wuhan, China

*Correspondence: Xingyuan Chen, Xingyuan.Chen@pnnl.gov

Specialty section: This article was submitted to Water and Hydrocomplexity, a section of the journal Frontiers in Water

Received: 10 February 2020
 Accepted: 09 October 2020
 Published: 25 November 2020

Citation: Chen X, Zachara JM, Vermuel VR, Hammond G, Freshley M and Fang Y (2020) Understanding Contaminant Migration Within a Dynamic River Corridor Through Field Experiments and Reactive Transport Modeling. Front. Water 2:533796. doi: 10.3389/frwa.2020.533796



The behavior of a persistent uranium plume within an extended river corridor at the DOE Hanford site is dominantly controlled by river stage fluctuations in the adjacent Columbia River. The plume behavior is further complicated by substantial heterogeneity in physical and geochemical properties of the host aquifer sediments. Multi-scale field and laboratory experiments and reactive transport modeling were integrated to understand the complex plume behavior influenced by highly variable hydrologic and geochemical conditions in time and space. In this paper, we (1) describe multiple data sets from field-scale uranium adsorption and desorption experiments performed at our experimental well-field, (2) develop a reactive transport model that incorporates hydrologic and geochemical heterogeneities characterized from multi-scale and multi-type datasets and a surface complexation reaction network based on laboratory studies, and (3) compare the modeling and observation results to provide insights on how to refine the conceptual model and reduce prediction uncertainties. The experimental results revealed significant spatial variability in uranium adsorption/desorption behavior, while modeling demonstrated that ambient hydrologic and geochemical conditions and heterogeneities in sediment physical and chemical properties both contributed to complex plume behavior and its persistence. This research underscores the great challenges in adequately characterizing this type of site to model the reactive transport processes over scales of 10 m or more. Our analysis provides important insights into the characterization, understanding, modeling, and remediation of groundwater contaminant plumes influenced by dynamic surface water and groundwater interactions.

Keywords: tracer injection experiments, reactive transport modeling, data assimilation, surface water and groundwater interaction, river corridor


1. INTRODUCTION

The dynamic interactions between groundwater and river water (GW-RW) plays an important role in the hydrologic and biogeochemical processes in river corridor ecosystems (Stanford and Ward, 1988, 1993; Boulton et al., 2010; Fleckenstein et al., 2010; Harvey and Gooseff, 2015; Ward and Packman, 2019), as well as in contaminant fate and transport within the zone of GW-RW mixing (Ford, 2004; Zachara et al., 2013, 2016, 2020; Ma et al., 2014a; Shuai et al., 2019). Understanding the spatial and temporal dynamics of hydrologic and geochemical processes in this zone is of critical importance for contaminated site management because approximately 75% of sites regulated under the Resource Conservation and Recovery Act (RCRA) and the Comprehensive Environmental Response, Compensation, and Liability Act (CERCLA or Superfund) are located within half a mile of a surface water (Tomassoni, 1999; Biksey et al., 2001), and many of these discharge to surface waters (US-EPA, 1991). Therefore, developing a knowledge base for understanding contaminant fate and transport within the GW-RW interaction zone and the development of robust system models are essential components for assessing risks and making sound remedial intervention decisions.

Many active and dynamic physical, chemical, and biological processes impact contaminant behavior in the river corridors. Complex spatio-temporal plume behaviors can stem from heterogeneities in source distribution and subsurface physical and geochemical properties, the hydrologic connectivity of different elements in the river corridor (e.g., riparian and hyporheic exchange flow paths) (Harvey et al., 2019), the fluxes and transit times of this exchanging water, and the abundance and distribution of aqueous and solid phase reactants along near-shore flow paths (Conant et al., 2004; Zachara et al., 2013).

The GW-RW interaction zone within the river corridor of large alluvial river systems with coarse-textured sediments may extend hundreds of meters inland from the river shoreline (Zachara et al., 2013), where heterogeneities in subsurface physical and geochemical properties occur within a context of large variability in subsurface water flux, velocities, and directions influenced by changes in river stage (e.g., Conant et al., 2004; Chen et al., 2013; Murray et al., 2013; Zachara et al., 2016, 2020). Modeling is an essential tool to integrate multiple process interactions as necessary to predict plume behavior within this complex hydrologic zone. However, it is challenging to build an accurate conceptual and numerical model that adequately delineates the interactions between fluid flow and chemical processes governing contaminant transformations and mobility, while accounting for the spatial heterogeneities in subsurface properties and dynamic geochemical conditions driven by GW-RW interactions (Zachara et al., 2020).

In this communication we describe and model a series of non-reactive tracer and hexavalent uranium, U(VI), injection experiments in a well-studied river corridor site (see Chen et al., 2012, 2013; Zachara et al., 2013, 2016, 2020; Ma et al., 2014b) along the Columbia River where groundwater flow directions and velocities are highly dynamic. The site contains residual contaminant U in the vadose zone (after remediation) and a persistent 2-km2 uranium contaminant plume in groundwater that discharges to the river. The behavior of the plume at either the local (10's of meters) or system (100's of meters) scale (a requirement for eventual remediation) has not been adequately described by reactive transport models because of hydrologic complexity and lack of information on the in-situ physicochemical properties of the hydrologically connected aquifer and river corridor sediments. Laboratory studies with core materials from the vadose zone and aquifer, and fines removed from them, in contact with groundwater and river water simulants have revealed relatively strong U retardation dominated by mass-transfer limited U-surface complexation (Shang et al., 2011; Stoliker et al., 2011, 2013). In these experiments, groundwater and river water have been found to support different levels of U retardation because of compositional differences (primarily pH, bicarbonate and calcium concentrations) (Stoliker et al., 2011; Yin et al., 2011) that affect U aqueous speciation. However, passive monitoring experiments performed within a compact well-field at the site (Zachara et al., 2016, 2020) during separate periods of groundwater and surface water dominance suggest minimal in-situ retardation of U. This disparity served as motivation for field experiments to evaluate: (1) the in situ retardation characteristics of the system for U in the presence groundwater and river water solutes, (2) the influences of subsurface physical and geochemical heterogeneities, and variable groundwater flow trajectories on U migration behavior, and (3) the relationships between laboratory- and field-derived U surface complexation parameters, and the causes for their differences. The results of this investigation provide important insights for the application of the surface complexation concept to a realistically complex natural system with dynamic hydrology, water compositional variations, and highly heterogeneous subsurface properties.



2. METHODS AND MATERIALS


2.1. Study Site

The field site is situated within the footprint of the historic South Process Pond of the Hanford 300 Area, consisting of an extended GW-RW interaction zone resulting from snowmelt-driven river water intrusion into the adjacent coarse-textured groundwater aquifers (Zachara et al., 2013, 2016, 2020). The Columbia River stage displays large seasonal and diurnal variations in response to both natural and anthropogenic changes, which leads to highly dynamic hydrochemical conditions (e.g., direction and velocity of groundwater flow and groundwater chemical composition) in the GW-RW interaction zone (Arntzen et al., 2006; Johnson et al., 2012; Chen et al., 2013; Zachara et al., 2020). Moreover, sorbed contaminants in the lower vadose zone (U primarily) are subject to desorption or solubilization due to enhanced water advection and altered chemical conditions as the water table fluctuates (Um et al., 2010). The behavior of contaminant plumes in the GW-RW interaction zone along the Columbia River shoreline is strongly affected by the spatial and temporal variability in the hydrochemical conditions (Peterson and Connelly, 2004) as well as the heterogeneous distribution of contaminant sources (Zachara et al., 2016).

Field experiments were performed within a 120 × 120 m spatial domain (Figure 1). The model domain contained 43 wells, with most of them located within a 60 × 60 m triangular well-field. The triangular well field was designed to capture diurnal and seasonal variability in groundwater flow directions driven by changes in Columbia River stage. All the wells located within and beyond the model domain provide information for defining model boundary conditions. Earlier tracer studies have identified preferential flow paths along the North-South axis of the well-field (Chen et al., 2012, 2013), which approximately co-locates with a paleo-erosional channel filled with highly permeable sediments containing large river cobbles.


[image: Figure 1]
FIGURE 1. The injection well-field and model domain. All wells shown in filled circles were used for kriging the hourly flow boundary conditions in reactive transport modeling.


Most of the wells within the triangular well field were screened over an approximate 2.5 m interval 9.5–12 m below ground surface (bgs). Three multi-level well clusters (wells 2-26, 2-27, and 2-28; 2-29, 2-30, and 2-31; and wells 3-30, 3-31, and 3-32) were screened at different depths to provide depth-discrete information. Shallow cluster wells (2-26, 2-29, and 3-30) were screened between 9.14 and 10.67 m bgs, the intermediate wells (2-28, 2-31, and 3-32) between 12.86 and 13.47 m bgs, and the deep wells (2-27, 2-30, and 3-31) between 16.46 and 17.07 m bgs.

The unconfined aquifer beneath our study site is comprised of Pleistocene-age flood deposits of the Hanford formation (dominated by gravel) that overlie Pliocene-age fluvio-lacustrine deposits of the Ringold Formation (dominated by mud). The hydraulic conductivity of the Hanford formation is much higher (~7,000 m/d) than that of the Ringold Formation (~1.5 m/d for the sand/silt unit and ~15 m/d for the gravel/sand/silt unit). The contrast in permeability creates a preferential groundwater flow path above the Hanford and Ringold contact, which has constrained the uranium plume to the Hanford formation. Direct and indirect characterization measurements have been assimilated into the site hydrogeologic data base, including electromagnetic borehole flowmeter profiling, multiple constant-rate injection tests, multiple conservative tracer injection tests, and geophysical imaging using electric resistivity tomography (e.g., Murakami et al., 2010; Chen et al., 2012, 2013; Johnson et al., 2012).

Measurements of physical, geochemical, and mineralogical properties, including grain-size distribution, surface area, extractable iron, and mineralogy, were made to establish a geochemical heterogeneity model of the site (Shang et al., 2011; Murray et al., 2013; Stoliker et al., 2013). Geochemical reactivity measurements were performed on the <2 mm sediment size fraction isolated from 10 cm diameter cores of the vadose and saturated zones within the triangular well-field. This size fraction, representing 5–8 % of the total sediment mass, is the most reactive portion of the subsurface sediment, with an average surface area of ~25 m2/g. The mass fraction of the <2 mm sediment varies spatially at the site as revealed by grain size analyses of over 100 sediment samples from the well-field (Murray et al., 2013).

Multi-rate U(VI) surface complexation models have been developed to describe U adsorption in site sediments based on laboratory batch, flow-cell, and column experiments with the <2 mm fractions and intact cores in both groundwater and river-water simulants (e.g., Liu et al., 2008; Shang et al., 2011; Stoliker et al., 2011, 2013; Yin et al., 2011). An important aspect of the current study was to evaluate the applicability of these models and their associated parameters to the field.



2.2. U(VI) Sorption/Desorption Field Experiments

The primary objective of the U injection experiments was to quantify the magnitude of U surface complexation, in-situ, and the extent and rates of U mass transfer between sediment and groundwater for the uppermost portion of the Hanford unconfined aquifer. To this end, the experiments incorporated three separate injection events using subsurface waters (undiluted and diluted) with elevated U concentrations sampled from a known source area to the persistent U plume. During all the three injections, the test solution was injected at a rate sufficient to overcome ambient groundwater flow (i.e., to minimize radial asymmetry of the tracer plume) with subsequent drift allowed under natural flow conditions.

The first two injection experiments were operationally similar, during which the injectate with elevated uranium concentrations was spiked with a unique conservative tracer and injected into well 2-34 (see Figure 2) screened over the upper portion of the aquifer, henceforth referred to as the upper zone injection experiments. These two experiments were nearly identical except for the make-up water composition (one groundwater and the other river water with a lower bicarbonate concentration) and anionic tracer species used (Table 1). This design made it possible to interrogate the effect of injection solution chemical composition on U migration behavior.


[image: Figure 2]
FIGURE 2. Layout of well-field (A) and representative well screen intervals in select wells (B).



Table 1. Injection summary.
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The third experiment utilized an injection solution containing elevated U concentrations and an ionic composition similar to that of the river water (Table 1). This solution was spiked with a third unique anionic tracer species (F−) and injected into the intermediate depth well 2-28 (Figure 2), which is known for slow tracer breakthrough from earlier tracer experiments (Chen et al., 2012, 2013). The third injection was referred to as the intermediate zone injection experiment. Aqueous monitoring of this injection was limited to the three-well cluster (wells 2-28, 2-26, and 2-27), as no other wells in close proximity were screened over the targeted low-permeability zone. This monitoring constraint was not detrimental as the injectate migration velocity was relatively slow in this low permeability zone.

The in-situ experiments were run at constant injection rates for durations of 4.5 and 4.3 h for the first two experiments, respectively, and 13 h for the third injection in the low-permeability zone, resulting in injection volumes between 150,000 and 74,000 liters (L) (Table 1). The injected U concentrations ranged from 565 to 750 μg/L, which were approximately 10 times higher than the background concentration within the plume prior to the experiments. An operational summary for all experiments is provided in Table 1.

During all three injection experiments, aqueous samples were collected from each monitoring well using dedicated variable-speed submersible pumps (Redi-flo2, Grundfos®, Olathe KS) installed at the approximate center point of the screened interval. Sample water was routed through a manifold, with each line controlled by a solenoid valve to allow selection of sampling well, to a single multi-probe flow cell (MP20, QED Environmental Systems, Dexter MI) located in a mobile field laboratory. Samples were purged until specific conductance readings were stable, which generally took 3 min at a flow rate of 3–4 L/min. Measurements performed on all pumped samples included specific conductance, temperature, pH, dissolved oxygen, and oxidation-reduction potential. The flow cell calibration was checked regularly (and adjusted as necessary) using National Institute of Standards and Technology (NIST) traceable specific conductance and pH standards. A separate set of samples was collected after 0.45 μm filtration for lab analyses, including anions by ion chromatography, U by kinetic phosphorescence analysis (acid preservation), major cations by inductively coupled plasma/optical emission spectrometry (acid preservation), and carbon analysis by ion chromatography/non-dispersive infrared. All filtered samples were analyzed for U and anionic tracers, whereas only selected samples were analyzed for anions, cations, or carbon as needed to support interpretation of the observed U mass transport response.



2.3. Reactive Transport Modeling

Groundwater flow and reactive transport processes associated with the injections were simulated by the high-performance code PFLOTRAN (Hammond et al., 2014). The code has been successfully implemented for other studies at this site, incorporating a multi-rate surface complexation model developed from column studies to three-dimensional field-scale modeling of uranium natural attenuation processes (Hammond and Lichtner, 2010). We adopted the same model domain and configuration (Figure 1) from earlier studies that assimilated conservative tracer data to estimate heterogeneous aquifer hydraulic properties at the same well-field (Chen et al., 2012, 2013). While more detailed description of the groundwater flow governing equations is provided by Chen et al. (2012, 2013), we will briefly describe the implementation of the reactive transport model used in this paper.

The model domain covered a horizontal area of 120 × 120 m (Figure 1); with a thickness of 15m in the vertical direction (95–110 m above sea level). The grid resolutions were 1 m horizontally and 0.5 m vertically. All the lateral boundaries (eastern, western, northern and southern) were assigned time-varying water table elevations cell by cell, which were kriged using hourly water level data from wells inside and outside the model domain (Figure 1) with an exponential variogram. The kriged transient lateral boundary conditions were able to capture the flow dynamics during the experimental time frame which were significant but not extreme. The experiments were performed over a month in mid-fall when groundwater flows primarily from the NW to the SE and discharge to the Columbia River. The average river elevation during the experimental period was 104.8 m with frequent excursions of ±0.5 m for salmon spawning management. A no-flow boundary condition was specified at the bottom of the domain because it is underlain by much less permeable Ringold Formation materials that function as an aquitard. A small, constant-rate recharge boundary condition of 55 mm/yr was applied to the top of the model domain based on an earlier monitoring study at the Hanford site (Rockhold et al., 2009).

The transport boundary conditions for conservative tracer species (Cl−, Br−, and F−), U, and other geochemical analytes were set to be free outflow at the four lateral boundaries, where the influx flow was assumed to be free of conservative tracers with average measured background geochemical concentrations. The recharge water at the upper boundary was set to be tracer and U free, while a zero-flux tracer boundary condition was applied at the lower boundary. Although there could be unquantified U input when residual sorbed U in the vadose zone gets released during rising water table or through infiltration, its potential impact was considered minimal given the small recharge rate and our short simulation time window during the relatively low river stages.

The injections of conservative tracers and U at wells 2-34 and 2-28 were simulated as a time series of specified time-varying water flux containing time-averaged tracer and geochemical concentrations, which were calculated based on analysis of aqueous samples collected at different times during the injection experiments. The initial flow condition was a hydrostatic pressure distribution based on the water table at the beginning of simulation, as interpolated from the same set of wells that were used to create the transient lateral flow boundary conditions. The initial conservative tracer concentration was set to be the background concentration of the specific anion over the entire model domain. The initial U concentration in the well-field and modeling domain as a whole can show significant variation in both the horizontal and vertical directions as a result of water table oscillations and river water intrusion events driven by river stage changes (Zachara et al., 2016).

The initial aqueous U concentration field was kriged from a set of aqueous concentrations measured immediately prior to the start of the experiments. The vertical stratification of U was defined by measurements from the three depth-discrete well clusters. The initial uranium concentration field along with multi-rate surface complexation reaction parameters are among the most important factors controlling modeled U concentrations within the U plume (Ma et al., 2014b). As such, multiple realizations of the initial uranium concentration field were generated using sequential Gaussian simulation to represent this uncertainty.

We incorporated the surface complexation models (SCM) of Shang et al. (2011) and Stoliker et al. (2011) into the PFLOTRAN reaction database. Stoliker et al. (2011) investigated the influence of grain size distribution of the <2 mm fraction on its adsorption and desorption of uranium. They found that the total site concentration of the given <2 mm fractions isolated from the site could be estimated by a linear summation of the estimated site concentrations of each of eight <2 mm grain size subclasses, weighted by the specific mass fraction of each class in the <2 mm. Site density (determined by isotherm measurement), the reaction network, and the surface complexation constants were held constant across all grain size classes. On the other hand, Stoliker et al. (2011) investigated the influence of bicarbonate on U surface complexation by <2 mm size fractions spanning the range of HCO3− observed in site groundwater, river water, and groundwater-river water mixtures. Higher concentrations of HCO3−, as found in groundwater, suppressed adsorption over that in river water through formation of poorly sorbing aqueous U-carbonate/bicarbonate complexes. They developed a SCM that well described the effects of aqueous composition on U adsorption and desorption using a generic site density (3.84 μmol/m2) recommended by Davis et al. (1998). The primary differences between the two models were their site densities and surface complexation reaction constants that both differed between models by factors of 103.

Adsorption and desorption of U were described by the following surface complexation reaction:

[image: image]

where >SOH is the surface site for U adsorption, >SOUO2(CO3HCO3)2− is the sorbed U species, and K is the equilibrium reaction constant. The reported values of logK for this reaction were 24.72 (Shang et al., 2011) and 21.64 (Stoliker et al., 2011), respectively.

Because U adsorption/desorption in the site sediments has shown kinetic behavior in laboratory studies (Shang et al., 2011; Stoliker et al., 2013), a multi-rate formulation developed by Liu et al. (2008) was used to describe the kinetics of U(VI) adsorption/desorption in our field-scale modeling, following previous implementations by Hammond and Lichtner (2010) and Ma et al. (2014b). This multi-rate mass transfer model assumes multiple sorption sites with equal fractions of the total available sites. The adsorption of aqueous U species to each site follows a forward-backward rate law. The first-order rate constants of surface complexation sites were assumed to follow a log-normal probability distribution with its mean and standard deviation fitted to experimental data. Various values of the mean and standard deviation (Std) of the log-transformed rate constants have resulted from previous studies with site sediments using different sample support sizes and experimental systems (e.g., batch, flow cell, column) (Liu et al., 2008; Shang et al., 2011; Stoliker et al., 2013). The governing equations of SCM coupled with multi-rate mass transfer, along with other aqueous speciation reactions are described in details by Liu et al. (2008) and Ma et al. (2010), thus not repeated here.

The mass transfer parameters display scale dependency, with rates decreasing with increasing scale (Liu et al., 2013). Select values are summarized in Table 2 with associated logK and site density values for the surface complexation reaction shown in Equation (1). It is noted that the logK value used by Shang et al. (2011) was 3 orders of magnitude higher than that used by Stoliker et al. (2011). However, the sediment site density measured by Shang et al. (2011) by the isotherm method was three orders magnitude lower than the generic surface site density used by Stoliker et al. (2011). These two sets of parameters lead to equivalent SCM results under dilute conditions below surface site saturation. However, the elevated U concentrations used in the injection experiments could exceed surface site saturation for the low values of site density assumed in the SCM of Shang et al. (2011). The mean and standard deviation of the log-transformed mass transfer rate constants, α, from the column studies by Shang et al. (2011) and from the field-scale modeling study of Ma et al. (2014b) were both tested in this study to assess their suitability as in-situ, field-scale parameters.


Table 2. Summary of reaction parameters used in previous studies.
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The aquifer material at our site is highly heterogeneous in physical properties, such as grain size distribution and macropore volume, which lead to significant heterogeneity in both hydrologic and geochemical properties. Shang et al. (2011) discovered that both site concentration and uranium distribution coefficient (Kd) are highly correlated with macropore volume in different sand- and silt-sized grain-size fractions of the sediment. While macropore volume measurements were only performed on a limited number of samples, Kd measurements were made on over 100, <2.0 mm size fractions from 10 cm diameter core samples collected from the triangular well array (Figure 2), which showed large spatial variability as reported by Murray et al. (2013). We reanalyzed the dataset presented by Shang et al. (2011) and found a high linear correlation between site concentration (SC) and Kd for all different size fractions, and the equation is
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with an R2 value larger than 0.99. This high correlation could be attributed to the fact that both SC and Kd are related to the adsorption/desorption capacity of the porous medium. Note that the regression equation were based on limited data points presented by Shang et al. (2011). The correlation coefficient might deteriorate when more data points are available from future characterizations.

We used Equation (2) to convert spatially distributed Kd measurements on composite material to site concentrations at each location, which were then used as conditioning points in sequential Gaussian simulation (Deutsch and Journel, 1998) to generate geostatistical realizations of heterogeneous site concentration field. This set of realizations represents uncertainty in spatial heterogeneity of site concentrations. It is also noted that the site concentration data in Shang et al. (2011) were based on samples with gravels and cobbles excluded. Therefore, additional efforts may be required to use those data at the field scale, for example, a scaling factor as adopted by Hammond and Lichtner (2010).




3. RESULTS AND DISCUSSION


3.1. Field Experimental Results

In all the three injection tests, tracer and uranium concentrations were monitored in the injection well and surrounding wells during and after the injections. The injection water composition was different during the three tests with the primary species that are the most important to uranium surface complexation given in Table 1. While the observed responses were highly heterogeneous as expected, the most pronounced responses were found in the injection well and the wells that are close to the injection (referred to as near-field wells hereafter), especially when comparing the differences in responses between the three separate injection tests. Therefore, we focused on evaluating the responses at a set of near-field wells for all the three injection tests. The primary tracer transport trajectory is from northwestern to southeastern toward the river.


3.1.1. Upper Zone Injection Test

During the first two tests (Test 1 and Test 2 in Table 1), the difference in chemical composition of the injected water solution led to different geochemical conditions during and immediately following the injections. The average concentrations of selected species of primary interest (Table 1) showed higher pH and lower calcium, sodium, and bicarbonate concentrations during Test 2, which mimicked the geochemical condition of the adjacent Columbia River water. While the two injections were operated similarly, the difference in response curves of tracer and uranium at the injection well and near-field wells explicitly demonstrate the impact of geochemical conditions on uranium adsorption and desorption.

Both conservative tracer and uranium breakthrough responses in the injection well (2-34) and near-field monitoring wells (2-07, 2-08, 2-09, 2-11, 2-26, 2-28, 2-14, and 2-18) are shown in Figure 3. The two vertical lines in each sub-plot represent the starting of Test 1 and Test 2, which were approximately 192 h apart. The spatial variability in responses of both the conservative tracer and uranium is evident in Figure 3. In most of the wells screened in the upper zone, including wells 2-34, 2-07, 2-08, 2-09, 2-11, and 2-26, the uranium breakthrough pattern was very similar to that of conservative tracer during Test 1, indicating minimal adsorption of uranium. However, during Test 2 with injection water chemistry close to that of river water, monitoring results at wells 2-34, 2-07, 2-11, and 2-26 showed a steeper decline in uranium concentration than in tracer, indicating a stronger sorption of uranium during the second test. However, this difference in response between Test 1 and Test 2 was not observed at wells 2-08 and 2-09, which are located toward the upgradient edge of the injection volume and thus would be expected to have the fastest elution response. In the wells that are further down gradient from the injection well, i.e., 2-14 and 2-18, a lag in uranium breakthrough compared to tracer breakthrough is observed, with larger lag resulted in the Test 2, which is also indicative of stronger sorption.


[image: Figure 3]
FIGURE 3. A comparison of conservative tracer and uranium concentrations at the injection well and near-field monitoring wells. Br− was injected in Test 1 and Cl− was injected in Test 2. The two vertical lines represent the starting time of Test 1 and Test 2.


The double peaks observed in well 2-26 as shown in Figure 3 is likely caused by the changes in flow directions following the injection, which transported the upstream water with high concentration of uranium (represented by wells 2-07, 2-08, and 2-09) to downstream locations. This larger degree of variability would be expected at this location because it is near the leading edge of the injection volume, while the injection well is located near the centroid of the injection volume. The slowest breakthrough of tracer was observed in well 2-28 despite its close proximity to the injection well, which is consistent with the presence of low-permeability material at the intermediate depth interval over which well 2-28 is screened. Although tracer breakthroughs were observed at this location, a uranium breakthrough was not observed within the time frame plotted in Figure 3, which covered 192 h after the first injection and 200 h after the second injection. This delay implied strong sorption of uranium at this location.



3.1.2. Intermediate Zone Injection Test

The interpretation of tracer/uranium breakthrough during the intermediate zone injection test (Test 3 in Table 1) relied solely on the observed elution response at well 2-28, as there are no other wells close to well 2-28 that are screened across the same depth interval. Observed conservative tracer (fluoride) and uranium concentrations throughout the injection and initial drift phases of the test are shown in Figure 4. The difference in breakthrough behaviors of conservative tracer and uranium clearly demonstrates the effects of uranium sorption processes within this lower permeability material by the rapid decline in uranium concentration immediately following cessation of the injection. The conservative tracer species remained elevated after the injection phase and demonstrated a typical elution response, with most of the tracer transported out of the monitoring zone within 10 days. Conversely, the steep drop in uranium concentration after the injection was followed by a steady increase in uranium concentration to well above the injection concentration (750 ug/L). This phenomenon is likely associated with enhanced uranium sorption in the presence of low calcium concentration, bicarbonate concentration and higher pH in injected water (as shown in Table 1), followed by uranium desorption promoted by returning groundwater with elevated bicarbonate and lower pH, which is shown in Figure 4. The time series data of calcium and sodium in Figure 4 also shows drastic changes over time, with calcium demonstrating similar temporal pattern compared to uranium.


[image: Figure 4]
FIGURE 4. Concentrations of tracer and uranium (A), HCO3− and pH (B), and Ca++ and Na+ (C) at the injection well 2–28 during the intermediate zone injection test. Time zero refers to the start of the injection.





3.2. Reactive Transport Modeling of Uranium
 
3.2.1. Characterizing Permeability Field With Conservative Tracer Data

In order to model the fate and transport of uranium, the first step is to obtain accurate flow modeling, which requires estimation of permeability field within the model domain. We first adopted an ensemble of permeability fields from previous work by assimilating tracer test data from earlier experiments (Chen et al., 2013) from which the simulated tracer breakthroughs during Test 1 in a selected set of downgradient wells are shown in Figure 5, where the ensemble of simulated breakthrough curves represent uncertainty resulting from uncertain permeability estimates. The match between model simulation and the actual observations is satisfactory in general, although the performance varies between wells, with wells 2-14 and 2-18 showing the least satisfactory match. This set of results demonstrate that estimated permeability field based on other test data may not be able to produce good predictions for new scenarios, given the limitation that each estimation by data assimilation or inverse modeling is embedded with errors and uncertainties arising from measurement and model structural and forcing errors, such as dynamic flow boundary conditions in this case. Therefore, we used the conservative tracer breakthrough data in this experiment to derive permeability field estimates that could lead to better flow modeling, using the same iterative ensemble smoother as described by Chen et al. (2013).


[image: Figure 5]
FIGURE 5. Ensemble of predicted tracer breakthrough curves during Test 1 in selected wells using permeability field estimations from previous data assimilation work (Chen et al., 2013). The connected dots are observed breakthrough curves and each line is a realization from the ensemble of predicted breakthrough curves. The well name for each plot is given in the title for each plot. The ensemble size is 600.


Since Test 1 and Test 2 experienced similar flow conditions, only the tracer data from Test 1 was used to estimate the permeability field. The data to be assimilated were from the injection well and a set of downgradient monitoring wells, including 2-34, 2-11, 2-13, 2-14, 2-15, 2-17, 2-18, 2-19, 2-26, 2-27, and 2-28. This set of wells will be referred to as the conditioning well set hereafter. After three iterations of data assimilation steps, the updated ensemble of the permeability field was used to simulate tracer breakthrough of the first upper zone injection test in the near-field wells (shown in Figure 6). It can be observed that the prediction ensemble using the updated permeability field match the data well, except for an earlier predicted breakthrough in well 2-28. Compared to the match produced by permeability estimates from previous work (Figure 5), we found remarkable improvements for all the wells, especially for wells 2-14 and 2-18. Although we conditioned the permeability estimation on data up to 192 h after the start of Test 1, which was the starting point of Test 2, the simulations were able to reproduce the breakthrough behavior beyond this point in time. Note that the dynamic flow boundary conditions were interpolated from a set of wells shown in Figure 1 with only six wells outside the model domain, which remains as a uncertainty source to estimated permeability field and the subsequent reactive transport processes. We then selected a realization of the permeability field that yielded the best fit in terms of root mean square error between the simulated and observed breakthrough data for the near-field wells. This realization was used in subsequent reactive transport modeling to evaluate impacts of geochemical heterogeneities on uranium transport modeling.


[image: Figure 6]
FIGURE 6. Posterior ensemble of tracer breakthrough curves in selected wells after three iterations of iterative ensemble smoother. The plotting specifics are the same as those given in Figure 5.




3.2.2. Reactive Transport With Geochemical Heterogeneity

Uranium migration during the multiple injection tests was simulated with PFLOTRAN using the SCM model described in section 2.3. We considered two types of geochemical heterogeneities in modeling the uranium fate and transport, i.e., the spatial distribution of initial uranium concentration and sorption site concentrations, and their uncertainty. Rate constants were considered uniform across the domain based on the findings reported by Shang et al. (2011). We tested various set of multi-rate mass transfer parameters and selected those from Ma et al. (2014b) shown in Table 2 because they yielded better match with field observations. Spatially distributed fields of both variables were interpolated from point data using the geostatistical conditional simulation method as described in section 2. Their uncertainty was represented by an ensemble of 300 stochastic realizations.

The resulted ensemble of predicted uranium breakthrough curves are compared to actual field observations in the near-field wells in Figure 7. In general, the model results show lower peaks and steeper decline in uranium concentration after the cessation of injections. This discrepancy is indicative of stronger adsorption prescribed in the model than is actually occurring at the field. Since the sorption site concentration point data were obtained from measurements made on samples that excluded gravels and cobbles, an overestimation of sorption site concentration at the field scale is likely to occur when adopting such information from smaller-scale studies.


[image: Figure 7]
FIGURE 7. Ensemble of predicted uranium breakthrough curves in selected wells. The best-fit permeability was taken from the posterior ensemble of permeability fields that yielded the conservative tracer breakthrough ensemble in Figure 6. The sorption site concentration field was generated by conditioning on point data derived from Equation (2). Other plotting specifics are the same as Figure 5.


Similarly, Hammond and Lichtner (2010) had to scale the sorption site concentration estimated from smaller-scale studies by one tenth to yield reasonable modeling results at the field scale. We adopted the same approach and simulated uranium transport by scaling the sorption concentration field by one-tenth, which is approximately the average mass fraction of <2 mm size fraction. The results in Figure 8 show considerable improvements in the match between model predictions and actual observations using the reduced sorption site concentration, with the exception in capturing the rebound in uranium concentration in well 2-28 after Test 3. Since Test 3 differed from the other two tests in injection location and depth, as well as the flow condition due to the presence of low-permeability material, we will discuss the modeling challenges of this test separately, although its simulation results will still be demonstrated with other wells for consistency.


[image: Figure 8]
FIGURE 8. Ensemble of predicted uranium breakthrough curves in selected wells after scaling the sorption site concentration by a factor of one-tenth. Other plotting specifics are the same as Figure 7.


While overall improvements of model predictions are observed after scaling the sorption site concentrations, an across-the-domain scaling factor may not be the optimal approach due to heterogeneity of aquifer materials. For example, the uranium breakthrough in wells 2-07 and 2-18 may be further improved by a scaling factor that is adjusted locally. Some wells in Figure 8 show difference in goodness-of-fit for Test 1 and Test 2, which differed in the chemical composition of the injected water solution. This performance difference might be attributed to the fact that the injection of Test 2 occurred later in simulation time, such that the geochemical conditions prescribed at the model boundaries impacts more heavily on the geochemical conditions near these wells, especially after the cessation of Test 2 injection. We found that pH was under-predicted by the model at the injection and near-field wells, approximately 400 h after the start of Test 1 as shown in Figure 9 for a representative realization. This under-prediction of pH at later times could be caused by the uniform and constant geochemical conditions specified at the lateral boundaries, which had unified the geochemical conditions in the model domain after a certain simulation period.


[image: Figure 9]
FIGURE 9. Simulated pH time series in selected wells using two boundary configurations for pH compared to observations. The “One BC” case refers to constant pH concentrations during the simulation window, while the “Two BC” case refers to raising pH concentrations at the northern and western boundaries from 7.5 to 8.12 after 290 h from the start of the simulation. Other modeling configurations are the same as in Figure 8.


To probe the impact of pH values and its spatial heterogeneity on uranium migration in the field, we raised the pH values at the northern and western boundaries, which are the main inflow boundaries during low-water stage, from 7.5 to 8.12 after 290 h from the start of simulation and ran the model simulation again with all other model configurations unchanged. The switching time of 290 h were selected based on trials in matching the observed change in field conditions. The predicted pH at the wells resulted from this new simulation are then on the high end of the observed range. These two pH configurations provide lower and upper bounds for pH observed during the experiment, although temporal dynamics and spatial heterogeneity of pH cannot be captured in this static setup of geochemical boundary conditions. The comparison of simulated HCO3− and Ca++ concentrations in those selected wells are provided in the Supplementary Material. While the field conditions of pH and HCO3− were better captured under the two-step boundary conditions, the Ca++ concentrations were underestimated. The ensemble of predicted uranium breakthroughs with the higher pH at the inflow boundaries is shown in Figure 10. This model revision resulted in substantial differences in predicted U concentration from those shown in Figure 8, with most of the wells showing improved fit following the second injection. This test demonstrated the significant influence of pH, as an example of dynamic and heterogeneous geochemical conditions, on the reactive transport of uranium in dynamic river corridors.


[image: Figure 10]
FIGURE 10. Ensemble of predicted uranium breakthrough curves in selected wells after scaling the sorption site concentration by a factor of one-tenth and raising the pH at the northern and western boundaries from 7.5 to 8.12. Other plotting specifics are same as Figure 8.


To decipher the difficulty in capturing the rebound of uranium after the injection of Test 3 in model simulations, we examined in detail the simulated geochemical conditions at well 2-28 from one realization of the set of simulations that produced Figures 8, 10, with results provided in Figure 11. It is evident that neither of the two model configurations was able to reproduce the set of key geochemical states (i.e., pH, HCO3−, Ca++, and Na+) at well 2-28 during and following the third injection. Through our extensive experiments with combinations of different geochemical boundary condition configurations (constant vs. stair-stepped), injection water composition (Ca++ and HCO3− concentrations), varying rate constants, including ion exchange reactions from Stoliker et al. (2011) and surface complexation models developed on different sediment samples, we found that all of them have significant impacts on simulating the uranium breakthrough in well 2-28.


[image: Figure 11]
FIGURE 11. Simulated and observed geochemical conditions, pH (A), HCO3− (B), Ca++ (C), and Na+ (D) at well 2–28. Simulation results are adopted from one realization of the set of simulations that produced Figures 8, 9.


Without belaboring all these experiments, results from the best combination in reproducing uranium behavior at 2-28 is shown in Figure 12, where considerable improvements in model fit to observed uranium breakthrough and geochemical states are resulted. Model revisions associated with this set of improved results include (1) adopting an alternative SCM developed by Stoliker et al. (2011), with the same sorption and desorption reaction (e.g., Equation 1), lower logK (21.64), and higher sorption site concentration (the generic SC used by Stoliker et al., 2011 is about 1,000 times higher than the SC calculated from Equation 2 based on the SCM of Shang et al., 2011). The kinetics of sorption and desorption remained unchanged from earlier model simulations; (2) The geochemical conditions at the inflow boundaries were first prescribed as pre-injection geochemical conditions at well 2-28, and changed to post-injection geochemical conditions after 290 h of simulation time to mimic the discrepancy of geochemical conditions in 2-28 before and after the third injection; (3) lowering the Ca++ and HCO3− concentrations in the injected water to the level that was observed immediately after the injection, which could be justified by lacking of field geochemical measurements on the injected water; and (4) including cation exchange reactions. The cation exchange reactions and selectivity constants from Stoliker et al. (2011) are listed in Table 3. Cation exchange capacitance was scaled from the adsorption site concentration calculated in Equation (2). Tests using the kinetics of sorption and desorption in Shang et al. (2011) indicated that the rate is too high for the field conditions. The model revisions that led to improved uranium sorption and desorption predictions at well 2-28 further demonstrated the complexity of modeling uranium fate and transport at the field scale. Although the simulation experiments may seem ad-hoc, they provide valuable insights on improving conceptual model and its parameterization in a mechanistic and systematic way.


[image: Figure 12]
FIGURE 12. Simulated and Observed uranium breakthrough and key geochemical states using SCM from Stoliker et al. (2011) with stair-stepped geochemical boundary conditions, lower logK, and higher sorption site concentration. (A) U(VI), (B) pH, (C) HCO3−, (D) Ca++, and (E) Na+.



Table 3. Cation exchange reactions and rate constants.

[image: Table 3]




3.3. New Insights for Improving Conceptual Model

Our injection experiments and modeling studies provide important new insights into plume scale adsorption-desorption behavior and appropriate parameters to be used in future persistence calculations. Our comprehensive, 3D flow and reactive transport modeling represents a significant advancement in addressing the variability and dynamics in uranium migration compared to earlier 1D and 2D studies (Yabusaki et al., 2008). We have extended the earlier 3D studies (Ma et al., 2010, 2014b) by dealing with heterogeneity in sorption sites and the impacts of dynamic transport boundary conditions. However, our reactive transport model has not been able to sufficiently describe the observed behaviors in all wells because of uncertainties associated with (1) lack of in-situ characterization of surface site density for uranium adsorption, (2) an unknown spatial inventory of sorbed uranium, and (3) highly dynamic effects resulting from high-frequency river stage fluctuations of the Columbia River and transient geochemical effects resulting from GW-RW interaction. The sensitivity of model simulation results to the geochemical boundary conditions underscores the importance of long-term, high-resolution monitoring of key aqueous species (at least pH, bicarbonate, and calcium concentrations) along with uranium concentrations to better constrain reactive transport models, overcoming the seemingly ad-hoc approach we had to configure our geochemical boundary conditions due to lack of field data.

Ultimately, the new process level understanding of uranium sorption/desorption dynamics, characterization of heterogeneity in geochemical properties, and inventory survey of sorbed uranium should be incorporated into a km-scale three-dimensional model, such as the hydrologic model developed by Zachara et al. (2020), to account for various exchange flow pathways that mix waters with vastly different compositions, and consequently, to capture the transient geochemical conditions that control the persistence of uranium. The conceptualization of such numerical models can be iteratively improved by comparing the model results with spatially distributed monitoring data that are high-resolution in time (more frequent than quarterly and monthly). The numerical models can also be improved by calibrating against field experimental or monitoring data. New inverse modeling method are required to deal with the high-dimensionality of model parameters, model structural uncertainty, and computational costs of conducting ensemble of forward simulations. The datasets analyzed by Zachara et al. (2016, 2020) demonstrate their unique values in revealing the degree of complexity in plume behavior and improving the conceptual models. Such knowledge and insights could be leveraged in other contaminated sites that are less well-studied.




4. CONCLUSIONS

This study investigated contaminant migration within a dynamic groundwater and river water transition zone through both field experiments and reactive transport modeling. The transport of uranium at GW-RW transition zone is affected by the interactions between hydrogeologic and geochemical heterogeneities, as well as hydrodynamic flow and geochemical conditions. We demonstrated that interdisciplinary studies that integrate hydrogeology and biogeochemistry are required to fully understand and model the dynamics of geochemical processes in this transition zone.

The availability of various valuable datasets based on previous field and laboratory experiments performed at our study site or on sediments collected from it provide unique opportunity for us to assess how model and data can be integrated to build a site-specific conceptual model for predicting contaminant plume behavior influenced by complex field hydrologic and geochemical conditions. We demonstrated in this study the importance of spatial heterogeneity in physical and geochemical properties, spatial and temporal dynamics of geochemical states, and SCM models and their parameters on uranium migration. In the efforts to improve match between observations and model predictions, we conclude that a more thorough characterization of spatially and temporally varying geochemical states/conditions, to inform both initial and boundary conditions, is as important as characterizing heterogeneities in hydrologic and geochemical properties, such as permeability and sorption site concentrations. The complex interactions between hydrologic and geochemical properties and states on modeling geochemical processes in GW-RW transition poses many non-trivial challenges for building better process models for contaminant fate and transport in this dynamic near-river environment, as well as for model calibration using data assimilation and inverse modeling techniques. The existence of materials with contrasting hydrologic and geochemical properties adds further complexity to modeling, as the dominating reactions/processes and their parameters may differ significantly.
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