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Editorial on the Research Topic 
Subterranean Estuaries

ADVANCING SUBTERRANEAN ESTUARY CHARACTERIZATION
Groundwater flows in STEs are complex and driven by dynamic marine and continental forces acting on the land-ocean interface. The convergence of these forces in the subsurface translates into the variable morphology of STEs, regulates the timing of sub-estuarine circulation and physically constrains the residence time of water, regulating STE biogeochemistry, like their surface analogues. To characterize STEs in a way that is useful for fully integrated coastal monitoring and management, we need to untangle the different ways in which the multiple forces acting on STEs interact, driving morphodynamics, mixing regimes, and biogeochemical and microbiological zonation. In parallel, research must extend to probe the influence of STE dynamics on both oceanic and freshwater compartments so that the full aquatic continuum is covered. Achieving this objective requires improving our ability to characterize STEs and monitor net water flows into and out of STEs, from local to global scales, as well as to explore and document life within these subsurface environments.
Modelling has been useful to conceptualize groundwater flow and transport in STEs under different physical constraints, guiding research in real-world systems. Here, Yu et al. show that the salinity distributions in STEs exposed to a multi-constituent tidal signal depends on antecedent tidal oscillations, as well as on the inland extent of the freshwater aquifer. This finding implies that groundwater resource management landward of the littoral zone will affect the biogeochemical dynamics of STEs, changing net mass fluxes seaward, and impact coastal ecotones that may be distant from the decision in time and in space, thus stressing the importance of joined-up thinking in ICZM (Rocha et al., 2021).
It is well established that Submarine Groundwater Discharge (SGD) rates are highly variable in time and space. However, accurate estimates of both infiltration and exfiltration rates are key to determine net mass outflow from STEs and gauge the contribution of SGD to the biogeochemical budgets of coastal surface and subsurface water bodies. Grünenbaum et al. combine an array of methods to assess infiltration and exfiltration across the land-ocean interface in a high energy beach. Their results can be generalized to show that at the littoral zone, STE exchange rates are linked to beach topography, which in turn is affected by weather and by coastal management decisions including erosion control. This information is important to evaluate the impact of coastal management choices on ecosystem function and plan monitoring programmes. Due to the high spatial and temporal variability, monitoring SGD rates effectively for coastal management requires flexible and accurate methodologies that overcome the large human resource requirement. To this end Schlüter and Maier develop and test a scalable, inexpensive automated seepage meter, based on the dilution of tracer (saline water) injections. They use the mean residence time concept to determine SGD rates by modelling tracer breakthrough curves. This system may yet provide a means to develop efficient, networked monitoring of land-ocean transfer of materials in coastal environments via SGD.
The capacity for routine, continuous (and affordable) monitoring would contribute to holistic coastal management incorporating the complete water continuum, filling large knowledge gaps in our understanding of the coast, since SGD has an impact on the ecology of coastal systems. Because STE exfiltration zones may extend beyond the intertidal and proximal subtidal zone, far into the continental shelf area, it is critical to develop a physical understanding of STE circulation even when advection of continental groundwater becomes relatively less important. By examining the mixed-convective processes that occur when freshwater rises into a saline groundwater body of water, Solorzano-Rivas et al. set the basis for better understanding of fresh groundwater circulation in regions of sandy seafloor sediments where convection is more important than Darcian flow. Von Ahn et al. show in their Baltic Sea study that where it is necessary to cover both the littoral zone and the contiguous shelf area to monitor the ecosystem-level impact of STEs, combining environmental tracers and geophysical methods is promising. While logistic limitations still constrain regular, sustained, and high frequency sampling and monitoring of STE outflows across field, basin, and regional scales, Moorsdorf et al. show how the combination of different environmental tracer methodologies, geophysical approaches, remote sensing, and hydrogeological modelling could unravel the measurable signatures of STE processes to resolve their regional-scale impact on solute fluxes to the coastal ocean.
ORIGIN AND TURNOVER OF ORGANIC MATTER IN SUBTERRANEAN ESTUARIES
Knowledge of the origin, transfer, turnover, and fate of organic matter in STEs is essential to assign ecosystem-level function to these subsurface units. This information is needed to quantify mass transport across the land-ocean interface and understand the impacts of climate and environmental change on one of the most anthropogenically pressured portions of the Earth system. As with (surface) estuarine science in the past, achieving this aim requires we accept the unique functional identity of STEs and integrate research efforts traditionally conducted by different disciplines under this new praxis. To refocus the scientific community on this point, Moore and Joye emphasise how local changes to land and water use have expanded STEs over the last century, changing the environment in which continental carbon had been stored for millennia. They predict climate-driven sea level rise will accelerate fluid turnover within STEs, conceivably catalysed by higher net groundwater recharge. This acceleration triggers higher chemical mobility near the land-ocean interface and enhances elemental fluxes from aquifers to the coastal oceans. These changes disrupt the balance between soil organic matter burial and mobilization achieved before the growth of groundwater mining in the last century and foretell profound alterations to aquatic and terrestrial biomes that will affect how coastal ecosystems support humanity’s needs for food, transport, and recreation.
This emerging higher-order understanding is consistent with findings in a wide variety of STEs in different settings. Waska et al. find evidence of enhanced mineralization of organic matter at STEs in barrier islands of the southern North Sea accompanying high dissolved organic matter (DOM) diversity in the local freshwater lens. Paffrath et al. show how net SGD fluxes of both fresh groundwater and recirculated seawater are a source of rare Earth elements (REEs) to the ocean because of enhanced mineralization rates in the STE. Further South, Ibanhez et al. present evidence of how nitrate enrichment enhances the metabolic turnover of sedimentary organic matter (SOM) in the STE, implying that DIN (dissolved inorganic nitrogen) pollution of coastal aquifers may reduce the residence time of aged organic C within the STE, driving carbon from continental storage into the coastal ocean.
In Sanggou Bay, Jiang et al. combine flow reactor experiments with 16S rDNA probing and stable isotopes to show how nitrate processing in STEs relies on a highly flexible bacterial community that adapts more readily to terminal electron acceptor than DOM availability. The results reveal a specialized microbial community endemic to STEs, rather than a transient one comprising a mix of continental or marine populations arriving onsite with STE mixing endmembers–thus supporting the thesis that STEs are unique habitats. In complementary fashion, Calvo-Martin et al. show how sedimentary structure of STEs controls biogeochemical zonation by directing water flow, which regulates availability of terminal electron acceptors for OM oxidation. Hence the function of STEs as sources or sinks of N may change depending on structural aspects of the coastal subsurface. Similarly, O’Connor et al. show how the speciation and mobility of redox-sensitive metals depends on oxidation-reduction dynamics within the STE, which in turn drive microbial activity, OM composition and heterogeneous reactions.
The mounting evidence indicates that STEs are efficient, permeable, biogeochemical reactors with internal process dynamics and reaction kinetics set by the prevalent flow regimes. Substrate availability along circulation pathways depends on the biogeochemical legacy of the mixture. This depends on how internal circulation navigates an internal structure shaped by sedimentary morphodynamics that supports a highly adaptable, endemic ecology.
LIFE IN SUBTERRANEAN ESTUARIES
Surface (open water) and subsurface estuaries (STEs) belong in the marine biome. Whilst the biogeochemistry of STEs is driven by the coastal and beach aquifer microbiome, very little is still known about the microbes that populate these systems. Archana et al. critically review the narrow literature available on the subject to reveal that the beach aquifer microbiome is dominated by Proteobacteria, followed by Chloroflexi and Bacteroidetes. Insights from their critical synthesis reveal important blind spots on research conducted so far. For example, understanding how STEs outflows might contribute to eutrophication of the coastal ocean has justified most research on the subject to date, but it would also be important to figure out what impact eutrophication has on microbial communities and genetic composition. Yet, we have poor understanding of the impacts of pollution on STE microbiomes. Still, the full arsenal of the microbiologist has yet to be trained on the problem, since the beach microbiome has mostly been studied with 16S ribosomal DNA sequencing. Metagenomics and metatrasncriptomics would help understand both metabolism and ecology of microorganisms in STEs, necessary to comprehend biogeochemical dynamics.
Even if microbiology and microbial ecology are the poor relatives of Research Topic on STEs, Degenhardt et al. point out that Archean and meiofaunal diversity have been even more neglected. They find archaea contribute ∼1%–4% to the 16S rRNA gene sequence bank of prokaryotes, while nematodes made most of the eukaryotes in a southern North Sea STE. Importantly, the study supports insights derived from studies of organic matter turnover by providing direct evidence of the existence of a core prokaryotic community in STEs. This community adapts quickly to SGD compositional dynamics, triggering biogeochemical feedback loops that in turn structure the spatial distribution and composition of eukaryotic communities. Brankovits et al. adds that soil organic matter distribution and deposition dynamics also impact meiofauna composition in karst STEs (previously classified as anchialine systems, Bishop et al., 2015). The evidence so far indicates that prokaryotic community composition and patchiness help shape the local eukaryotic community and biomass distribution within STEs, irrespective of type. The same picture is reconstructed over time by Cresswell and Hengstun. In a breakthrough study conducted in Bermuda, they show that spatiotemporal heterogeneity in POM source, quantity, and mode of delivery drives the co-existence of benthic foraminifera species in karst STE’s. The emerging global picture is that POM deposition dynamics and patchiness is the main structural driver of marine benthic community composition and distribution in STEs.
CONCLUSION
To further our understanding of the function of subterranean estuaries in global biogeochemical cycling, future research must focus on:
1) Physically and mathematically describing internal structures of STEs, classifying their manifestation at diverse sites in terms of hydraulics, the physico-chemical drivers of mixing, as well as the spatiotemporal scales at which they operate.
2) Describing real-life STEs in time and space and moving beyond a focus on either the seepage face or the landward edge. We need better integration of forcing functions and more effective monitoring techniques. Future studies require a better amalgamation of functional drivers, rather than describing features. This focus on function rather than form would be an essential step toward an STE typology across different spatial scales.
3) Exploring what controls the distribution and function of microbial populations in STEs and consequently their biogeochemistry. For instance, it has been valuable to study the factors affecting availability and exchange of carbon in STEs. A focus on carbon will uncover the role of STEs in the atmosphere, land and ocean carbon cycles and their interactions.
4) Increased study of the biology and ecology of STEs, including the description of structure and function of microbial food webs as well as the meiofauna. Ecosystem engineers such as nematodes are likely to link STE food webs and coastal system ecology. We should aim to understand intrinsic and specific characteristics of STEs and how they might be considered biomes on their own right.
Overall, this e-book sheds light on an invisible, subsurface coastal ecotone that has received increasing attention since the term was coined in 1999 (Moore, 1999). Coasts are, more than any ecosystem on Earth, the showcase of the increasing connectivity between human activity and ecosystem function defining the Anthropocene. Almost all the known issues affecting the unadulterated function of socio-ecological coastal systems converge on STEs, making them critical components of the coast. To further advance subterranean estuary science, we need a refined, integrated understanding of how feedbacks between the physics, chemistry, and biology of STEs will affect coastal system function. This understanding will provide more options to adapt and manage the increasing impact of climate and environmental change on natural services on which we all depend.
SUMMARY
Subterranean estuaries (STEs) are an important driver of coastal and marine ecosystem function. Understanding their hydraulics, biogeochemistry, and ecology is critical for the success of integrated coastal zone management (ICZM). Yet, STEs remained largely unexplored as unique, functioning components of the land-ocean continuum until recently. This lack of recognition is in part because STEs are generally invisible, structurally complex, and difficult to sample or even detect, in some cases—in contrast to their better understood surface counterparts. Nevertheless, research into groundwater-seawater interactions resulted in thousands of studies published with the keyword “subterranean estuary” since the term was introduced by Willard Moore in 1999. The field is maturing, following the steps taken in the historical development of estuarine science. A community of dedicated researchers has come into focus, addressing common problems from a toolbox of proven methods. They have now produced undeniable evidence demonstrating the importance of STE and the need to include them as essential components of coastal ecosystem function research, monitoring, policy, and management.
This Research Topic provides a synthesis of knowledge on STEs, including the interplay between physics, chemistry and biology that determines their biogeochemical function at the coast. It provides evidence that STEs constitute distinct habitats, puts forward new methodologies and identifies important aspects of carbon and nitrogen cycling within. Following the early impetus provided by Willard Moore, this Research Topic builds on decades of research by the SGD community to highlight knowledge gaps in our understanding of STEs and draw attention to emerging research opportunities.
AUTHOR CONTRIBUTIONS
All authors listed have made a substantial, direct, and intellectual contribution to the work and approved it for publication.
PUBLISHER’S NOTE
All claims expressed in this article are solely those of the authors and do not necessarily represent those of their affiliated organizations, or those of the publisher, the editors and the reviewers. Any product that may be evaluated in this article, or claim that may be made by its manufacturer, is not guaranteed or endorsed by the publisher.
REFERENCES
 Bishop, R. E., Humphreys, W. F., Cukrov, N., Žic, V., Boxshall, G. A., Cukrov, M., et al. (2015). ‘Anchialine’ redefined as a subterranean estuary in a crevicular or cavernous geological setting. J. Crustacean Biol. 35 (4), 511–514. doi:10.1163/1937240X-00002335
 Moore, W. S. (1999). The subterranean estuary: A reaction zone of ground water and sea water. Mar. Chem. 65 (1–2), 111–125. doi:10.1016/S0304-4203(99)00014-6
 Rocha, C., Robinson, C. E., Santos, I. R., Waska, H., Michael, H. A., and Bokuniewicz, H. J. (2021). A place for subterranean estuaries in the coastal zone. Estuar. Coast. Shelf Sci. 250, 107167. doi:10.1016/j.ecss.2021.107167
Conflict of interest: The authors declare that the research was conducted in the absence of any commercial or financial relationships that could be construed as a potential conflict of interest.
Copyright © 2022 Rocha, Bokuniewicz, Robinson, Santos and Waska. This is an open-access article distributed under the terms of the Creative Commons Attribution License (CC BY). The use, distribution or reproduction in other forums is permitted, provided the original author(s) and the copyright owner(s) are credited and that the original publication in this journal is cited, in accordance with accepted academic practice. No use, distribution or reproduction is permitted which does not comply with these terms.
		ORIGINAL RESEARCH
published: 19 January 2021
doi: 10.3389/fenvs.2020.599041


[image: image2]
Effects of Multiconstituent Tides on a Subterranean Estuary With Fixed-Head Inland Boundary
Xiayang Yu1, Pei Xin1*, Chengji Shen2 and Ling Li3
1State Key Laboratory of Hydrology-Water Resources and Hydraulic Engineering, Hohai University, Nanjing, China
2Jiangsu Key Laboratory of Coast Ocean Resources Development and Environment Security, Hohai University, Nanjing, China
3School of Engineering, Westlake University, Hangzhou, China
Edited by:
Carlos Rocha, Trinity College Dublin, Ireland
Reviewed by:
Anupma Sharma, National Institute of Hydrology (Roorkee), India
Pedro Giovâni Da Silva, Federal University of Minas Gerais, Brazil
* Correspondence: Pei Xin, pei.xin@outlook.com
Specialty section: This article was submitted to Freshwater Science, a section of the journal Frontiers in Environmental Science
Received: 28 August 2020
Accepted: 14 December 2020
Published: 19 January 2021
Citation: Yu X, Xin P, Shen C and Li L (2021) Effects of Multiconstituent Tides on a Subterranean Estuary With Fixed-Head Inland Boundary. Front. Environ. Sci. 8:599041. doi: 10.3389/fenvs.2020.599041

While tides of multiple constituents are common in coastal areas, their effects on submarine groundwater discharge (SGD) and salinity distributions in unconfined coastal aquifers are rarely examined, with the exception of a recent study that explored such effects on unconfined aquifers with fixed inland freshwater input. For a large proportion of the global coastline, the inland areas of coastal aquifers are topography-limited and controlled by constant heads. Based on numerical simulations, this article examines the variation of SGD and salinity distributions in coastal unconfined aquifers with fixed-head inland boundaries at different distances from the shoreline (i.e., 50, 100, 150, and 200 m). The results showed that the fluctuation intensity of freshwater input was enhanced as the inland aquifer extent decreased, e.g., the range of tide-induced fluctuations in freshwater input increased by around 5 times as the inland aquifer extent decreased from 200 to 50 m. The frequency spectra of the fluctuations of SGD and salinity distributions showed that the coastal aquifer of a shorter inland aquifer extent smoothed out fewer high-frequency tidal constituents but enhanced interaction among different tidal constituents. The interaction among tidal constituents generated new low-frequency signals in the freshwater input and salinity distributions. Regressions based on functional data analysis demonstrated that the inland freshwater input and salinity distributions at any given moment were related to the antecedent (previous) tidal conditions weighted using the probability density function of the Gamma distribution. The influence of the antecedent tidal conditions depended on the inland aquifer extent.
Keywords: submarine groundwater discharge, seawater intrusion, coastal aquifer, functional data analysis, numerical modeling
HIGHLIGHTS

Salinity distributions fluctuated intensively as the inland aquifer extent decreased.
Aquifer of a shorter inland aquifer extent smoothed out fewer tidal constituents.
Inland aquifer extent regulated the tidal effects on salinity distributions.
INTRODUCTION
Ocean tides are identified as an important driving force that controls the hydrodynamic and biogeochemical processes in coastal aquifers (Werner et al., 2013; Robinson et al., 2018). In subterranean estuaries (i.e., mixing zones between terrestrially derived fresh groundwater and recirculating seawater in coastal aquifers), tides significantly affect submarine groundwater discharge (SGD) and salinity distributions (Werner et al., 2013; Robinson et al., 2018). Tidal forcing, in combination with the density contrast between terrestrial fresh groundwater and nearshore seawater, can lead to the formation of two saltwater recirculation zones in unconfined aquifers: a lower saltwater wedge (SW) and an upper saline plume (USP) (Boufadel, 2000; Robinson et al., 2006).
While tidal effects on SGD and salinity distributions in subterranean estuaries have been studied extensively, previous studies predominately considered single-frequency (monochromatic) tides (Robinson et al., 2007b; Kuan et al., 2019; Shen et al., 2019; Yu et al., 2019a), bichromatic spring-neap tides (Robinson et al., 2007a; Abarca et al., 2013; Heiss and Michael, 2014; Buquet et al., 2016), or fitted tidal variations with several primary constituents (Levanon et al., 2016; Geng and Boufadel, 2017; Levanon et al., 2017; Yu et al., 2019b). Coastal aquifer systems are commonly subjected to oceanic tidal fluctuations, which likely contain tens of constituents with different fluctuation frequencies and amplitudes (Pawlowicz et al., 2002). This would lead to complex and irregular SGD and salinity distributions.
Recently, Yu et al. (2019b) numerically examined the effect of multiconstituent tides on both SGD and salinity distributions in a subterranean estuary. They found that the response of water exchange (e.g., SGD) across the aquifer-sea interface to tides is almost instantaneous. As such, the present (at any given moment) water exchange is mainly influenced by the present (i.e., at the same time) tidal conditions. However, the response of salinity distributions to tides is delayed; thus, salinity distributions are dependent on the antecedent (previous) tidal conditions.
Yu et al. (2019b) found that coastal aquifers behave as a low-pass filter smoothing-out tidal signals, particularly high-frequency tidal constituents (e.g., semidiurnal and diurnal tidal signals). Furthermore, the combination of high-frequency tidal constituents generates new low-frequency signals when the tidal signals propagate in the aquifer, as determined by Li et al. (2000) using analytical solutions for groundwater tidal propagation. These generated low-frequency signals, combined with the primary tidal fluctuations created directly by the ocean tide, jointly affect the salinity distributions (e.g., SW and USP) in unconfined aquifers (Yu et al., 2019b). With the antecedent tidal conditions weighted in the form of convolution using the probability density function of the Gamma distribution, Yu et al. (2019b) demonstrated that the prolonged and cumulative effects of antecedent tidal conditions on the present salinity distributions in unconfined aquifers could be quantified.
Yu et al. (2019b) studied multiconstituent tides within a coastal unconfined aquifer with a fixed-flux inland boundary and inland extent of 150 m. Both fixed-flux (Michael et al., 2005; Robinson et al., 2007c; Kuan et al., 2012; Evans and Wilson, 2016) and fixed-head (Li et al., 1997; Ataie-Ashtiani et al., 1999; Heiss and Michael, 2014; Geng and Boufadel, 2015) inland boundaries have been widely adopted in previous studies of SGD and salinity distributions. The former assumes that freshwater discharge to the sea is constant, whereas the latter applies to topography-controlled aquifers (Werner and Simmons, 2009; Michael et al., 2013). In low-elevation coastal areas, the watertable is often shallow, leading to the overlying unsaturated zone being thin. Under this condition, the rainfall-induced infiltration would be inhibited, i.e., once the soil is saturated, surface water runoff would occur and the watertable tends to be fixed to the local surface elevation. This likely forms a fixed-head inland boundary (Michael et al., 2013; Sawyer et al., 2016). Michael et al. (2013) suggested that approximately 70% of the world’s coastlines are topography-controlled. Coastal aquifers with fixed-head landward boundaries are recognized to be more vulnerable to seawater intrusion, as salinity distributions are more responsive to changes to ocean boundary conditions (Werner and Simmons, 2009; Michael et al., 2013). Despite the commonality of fixed-head inland boundaries, the question remains open as to how they regulate the SGD and salinity distributions in subterranean estuaries subjected to multiconstituent tides.
In this study, we focused on the effects of multiconstituent tides on SGD and salinity distributions in unconfined aquifers with fixed-head inland boundaries at different landward positions, under the assumption that the yearly averaged inland freshwater input is the same in aquifers of alternative landward extent. The following key questions were explored based on numerical simulations: 1) How does a change in the inland aquifer extent affect the SGD and salinity distribution responses to multiconstituent tides? 2) How do multiconstituent tides affect inland freshwater input in inland fixed-head aquifers? 3) How does the inland aquifer extent influence the role of antecedent tidal conditions on salinity distributions?
Conceptual Model and Simulations
Similar to Yu et al. (2019b), a 2D cross-shore section of a coastal unconfined aquifer was considered in this study, as shown in Figure 1. Boundary DEF was set as the time-variant head boundary (aquifer-sea interface) affected by multiconstituent tides. To investigate the response of the aquifer to multiconstituent tides, we used six years (2011–2016) of real tide data measured from Brisbane Bar tidal station (website: http://data.qld.gov.au/dataset/brisbane-bar-tide-gauge-archived-interval-recordings). The measurement interval was 600 s. Four dominant tidal constituents were detected in this dataset based on spectral analysis: 1) principal lunar semidiurnal tidal constituent (M2, T (tidal period) = 12.42 h, A (tidal amplitude) = 0.73 m); 2) principal solar semidiurnal tidal constituent (S2, T = 12 h, A = 0.19 m); 3) lunisolar declinational diurnal tidal constituent (K1, T = 23.93 h, A = 0.19 m); 4) larger lunar elliptic semidiurnal tidal constituent (N2, T = 12.66 h, A = 0.15 m).
[image: Figure 1]FIGURE 1 | Conceptual diagram of a subterranean estuary of an unconfined aquifer. Flow processes considered in this article are as follows: 1) density-driven seawater circulation, 2) tide-induced seawater circulation, and 3) terrestrial groundwater discharge. The colors represent the salinity (yellow for freshwater and red for saltwater). Boundary ABCDEF represents the model domain. The x-z coordinate origin was set at the mean shoreline. LI and LS are the inland and seaward aquifer extents, respectively. HI and HS are the inland and seaward aquifer thicknesses, respectively. Hf is inland watertable elevation at the inland boundary.
Boundaries BC and CD were set to no-flow boundaries. Rainfall and evaporation were excluded and thus AF was also set as a no-flow boundary. Different from Yu et al. (2019b), the landward boundary AB was set to a fixed-head boundary. The fresh groundwater recharged from the inland boundary AB and discharged into the ocean through the aquifer-sea interface DEF. It is worth noting that to make the simulation results comparable, inland watertable elevations (Hf) were adjusted to get a similar yearly averaged freshwater input (around 2.1 m3/m/d). We focused on four cases with the fixed-head inland boundary located at different locations as follows:
(1) Fixed-head and LI = 50 m (LI is the inland aquifer extent, which measures the horizotal distance from the inland boundary to the shoreline), with the seaward aquifer extent LS = 50 m, the seaward aquifer thickness HS = 27 m, and the inland aquifer thickness HI = 33 m (note that the same LS, HS, and HI were set in all the cases). Hf was fixed at 0.81 m.
(2) Fixed-head and LI = 100 m, Hf was fixed at 1.15 m.
(3) Fixed-head and LI = 150 m, Hf was fixed at 1.50 m.
(4) Fixed-head and LI = 200 m, Hf was fixed at 1.83 m.
In addition to these four cases with fixed-head inland boundaries, one case with fixed-flux inland boundary (LI = 150 m, similar to that used in Yu et al. (2019b)) was also considered for comparing the behavior of aquifers with different inland boundaries. We tested the effect of inland aquifer extent (LI) on salinity distributions in the aquifers with fixed-flux inland boundaries. The results showed that the inland aquifer extent did not remarkably affect the variation of the USP and SW in the aquifers. Therefore, only the results from one case with fixed-flux inland boundary (fixed-flux and LI = 150 m) were included in this article. The aquifer properties were similar to those used in Yu et al. (2019b). That is, the model setup was based on a homogeneous sandy beach with hydraulic conductivity Ks = 10 m/d and porosity ϕ = 0.45. The beach slope was 0.1. The longitudinal and transverse dispersivities were set to 0.5 and 0.05 m, respectively (Hunt et al., 2011). The residual water saturation SWres was set to 0.1 and water retention parameters α and n were set to 14.5 m−1 and 2.68 (typical values for sand (Carsel and Parrish, 1988)) for the van Genuchten (1980) equations.
The numerical simulations were conducted using SUTRA (Voss and Provost, 2010), which simulates variably saturated and density-dependent pore-water flow and associated solute transport. In the inland subdomain, a mesh with ∆x = 1.5 m and ∆z = 0.5 m was used, while in the intertidal and seabed subdomain, the mesh was refined (∆x ≈ 0.33 m and ∆z ≈ 0.1 m). For all the simulations, the model was initially run to the steady states (pressure and salinity unchanged) with a static sea level (0 m). The measured tidal conditions (2011–2016) were then introduced as the boundary conditions in the model with a time step of 300 s. Here, we focused on the analysis of the last two years (2015–2016). As suggested by Yu et al. (2019b) and will be discussed later, after 4 years (2011–2014), the behavior of the system was independent of the initial conditions subjected to the static sea level.
RESULTS AND ANALYSIS
SGD and Salinity Distribution Fluctuations Induced by the Multiconstituent Tides
As mentioned earlier, for the five considered cases (four with fixed-head inland boundaries and one with fixed-flux inland boundary), the averaged inland freshwater input was similar. The two-year (2015–2016) averaged salinity distributions in the aquifers were similar for the five cases, e.g., the 50% isohaline of the seawater (17.5 ppt) largely overlapped (Figure 2). This suggests that the yearly averaged inland freshwater input rather than the inland aquifer extent significantly affected the salinity distributions at a long-time scale. For the four cases with fixed-head inland boundaries, the calculated yearly averaged amounts of salt stored in (per unit width) saltwater wedge (SMSW) and upper saline plume (SMUSP) were also close to those for the case with fixed-flux inland boundary (8,425 and 872 kg/m, respectively) (Table 1). The averaged tide-induced (around 1.4 m3/m/d) and density-driven (around 1 m3/m/d) seawater circulation fluxes were also similar for all the cases (Table 1). Since the yearly averaged inland freshwater input was similar, the inland aquifer extent did not remarkably affect the averaged SGD and salinity distributions in the aquifers subjected to the multiconstituent tides.
[image: Figure 2]FIGURE 2 | Two-year averaged salinity distribution in the aquifer (note that only the beach section is presented). The salinity is shown by different colors (the case of fixed-head (LI = 50 m) was used). The different types of lines represent the 50% isohaline of the seawater for the different cases (largely overlapped). The salinity distributions are similar in the cases with fixed-flux (LI = 150 m) and fixed-head (LI = 50, 100, 150, and 200 m) inland boundaries.
TABLE 1 | Key results of the flux and salinity distributions affected by different inland boundariesa.
[image: Table 1]We further investigated the variation of fluxes and salinity distributions (both water flux and amount of salt stored) in response to the multiconstituent tides by presenting the variation in the last two years (2015–2016). To quantify the fluctuations for the different cases, the averaged value (μ) and the standard deviation (σ) over each principal semidiurnal lunar tidal cycle (12.42 h) in these two years were calculated.
The calculated standard deviations for the tide-induced and density-driven influx were similar among the four cases with fixed-head inland boundaries and differed slightly from that for the case with fixed-flux inland boundary (Table 1). The SGD, as the total efflux across the aquifer-sea interface, varied intensively in response to the multiconstituent tides (Figure 3). The averaged values of the SGD over each principal semidiurnal lunar tidal cycle for the five cases largely overlapped. Consistently, the calculated standard deviations were quite similar and around 0.62 m3/m/d. This suggests that, for the simulated cases with similar averaged freshwater input, SGD was predominantly affected by the present tidal conditions. The response of SGD to the tidal fluctuations was mostly instantaneous; thus, the effect of the inland aquifer extent was not obvious.
[image: Figure 3]FIGURE 3 | Averaged per unit width water efflux (i.e., submarine groundwater discharge) every 12.42 h for the cases with fixed-flux (LI = 150 m) and fixed-head (LI = 50, 100, 150, and 200 m) inland boundaries. Note that the lines are largely overlapped.
In contrast, the fluctuations of freshwater input differed case by case (Figure 4). As the inland aquifer extent decreased, the averaged values of the freshwater input over each principal semidiurnal lunar tidal cycle started to fluctuate around that for the case with fixed-flux inland boundary (2.1 m3/m/d). As LI reduced from 200 to 150, 100, and 50 m, the standard deviation increased from 0.08 to 0.12, 0.21, and 0.47 m3/m/d, respectively. It is worth noting that the equal reduction in LI led to unequal increase in the standard deviation of the freshwater input, leading to an accelerating trend. The inland freshwater input was controlled by the lateral hydraulic gradient. As setup in the simulations, a similar yearly averaged inland freshwater input was produced (Table 1). It is expected that the instantaneous hydraulic gradient was continuously modified by the inland watertable and seaward tidal level. The multiple tidal constituents propagated into the aquifer and thus affected the hydraulic gradient in a complex fashion. In particular, the low-frequency signals would propagate further inland and obviously affect the freshwater input (details in Analysis on Amplitude Spectrums).
[image: Figure 4]FIGURE 4 | Averaged inland freshwater input every 12.42 h for the cases with fixed-flux (LI = 150 m) and fixed-head (LI = 50, 100, 150, and 200 m) inland boundaries.
For both the cases with fixed-head and fixed-flux inland boundaries, SMSW and SMUSP fluctuated remarkably (Figures 5, 6). Overall, the cases with fixed-head inland boundaries were related to intensive fluctuations in the averaged value over each principal semidiurnal lunar tidal cycle (Table 1). As LI reduced from 200 to 150, 100, and 50 m, the standard deviation for SMSW increased from 162 to 167, 180, and 218 kg/m, respectively, whereas the standard deviation for SMUSP increased from 90 to 95, 107, and 154 kg/m, respectively. Clearly, the fluctuation intensity for SMSW was more obvious than that for SMUSP, suggesting that SMSW tended to be more affected by the low-frequency tidal signals (details in Analysis on Amplitude Spectrums).
[image: Figure 5]FIGURE 5 | Averaged amount of salt stored in the saltwater wedge every 12.42 h for the cases with fixed-flux (LI = 150 m) and fixed-head (LI = 50, 100, 150, and 200 m) inland boundaries.
[image: Figure 6]FIGURE 6 | Averaged amount of salt stored in the upper saline plume every 12.42 h for the cases with fixed-flux (LI = 150 m) and fixed-head (LI = 50, 100, 150, and 200 m) inland boundaries.
Analysis of Amplitude Spectra
The variations of the SGD and salinity distributions could be reflected by amplitude spectra. Similar to Yu et al. (2019b), the instantaneous results were selected with a 2 h time interval (X). We also used the following standardized and nondimensional variables (X*).
[image: image]
As expected, four dominant frequencies (M2, S2, K1, and N2) appeared in the tidal series (Figure 7A) and also in the SGD variations (Figure 7B). As pointed out by Yu et al. (2019b), in the SGD, two new signals with frequencies of 7.83 × 10–7 Hz (spring-neap tidal cycle, 14.8-day period) and 4.24 × 10–7 Hz (27.3-day period) were generated by the combinations of M2 and S2 tidal constituents (f (S2)−f (M2)) and M2 and N2 tidal constituents (f (M2)−f (N2)), respectively. These two new signals also appeared in the freshwater input, SMSW and SMUSP (Figures 7C–E).
[image: Figure 7]FIGURE 7 | Amplitude spectra of (A) tidal level variation, (B) submarine groundwater discharge (SGD), (C) inland freshwater input, (D) amount of salt stored in the saltwater wedge (SMSW), and (E) amount of salt stored in the upper saline plume (SMUSP). The results are standardized.
Different from the tidal and SGD series, the low-frequency signals started to play important roles in the freshwater input, SMSW and SMUSP (Figures 7C–E). The contributions (defined as the ratio of a specific nondimensional amplitude to the sum of all the nondimensional amplitudes) of these signals changed in different ways as LI reduced. For example, for the freshwater input, the contribution of the signal of the 365-day period decreased from 7.21% to 6.10%, 4.51%, and 1.83% as LI reduced from 200 to 150, 100, and 50 m, respectively. The contribution of the signal of the 365-day period kept unchanged for SMSW, whereas for SMUSP, it increased from 2.44% to 3.43%, 5.35%, and 9.33% as LI reduced from 200 to 150, 100, and 50 m, respectively.
As mentioned earlier, the low-frequency signals likely propagated further landward and thus interacted more with the inland boundary. The boundary reflections would damp these signals. The extent of damping depended on the inland aquifer extent and the tidal frequencies. With respect to the variation of the freshwater input, the low-frequency signal of the 365-day period was not apparent with LI = 50 m, where the high-frequency signals (M2, S2, K1, and N2) were relatively strong. Thus, the fluctuation intensity of the freshwater input was significantly enhanced in the case with LI = 50 m.
Similar to Yu et al. (2019b) considering the fixed-flux inland boundary, the combination of M2, S2, and N2 tidal constituents (3f (M2) -2f (N2)- f (S2)) generated a new signal with a frequency of 6.50 × 10–8 Hz (178.1-day period) in SMUSP (Figure 7E). However, for the cases with fixed-head inland boundaries, this signal of the 178.1-day period competed with that of the 365-day period, both affecting SMUSP (Figure 7E). The contribution of the former decreased, whereas that of the latter increased as LI decreased. This was significantly different from the case with fixed-flux inland boundary, in which no signal of the 365-day period was detected for SMUSP.
Quantification of SGD and Salinity Distributions Affected by Multiconstituent Tides
From the spectrum analysis, it can be seen that the variations of the SGD and salinity distributions were more complex for the cases with fixed-head inland boundaries, in comparison with the case with fixed-flux inland boundary. The question of whether these variations can be quantified remained interesting, and the regression modeling approaches in Yu et al. (2019b) were tested.
Similar to the results of Yu et al. (2019b), the response of SGD to the multiconstituent tides was instantaneous. As such, the present SGD could be quantified by a linear regression model without considering the effect of the antecedent tidal conditions.
[image: image]
where Y is the output of the regression model. Xσ and XM are the standard deviation of tidal level and the averaged tidal level over each semidiurnal lunar tidal cycle (12.42 h), respectively, which denote the extent of tidal fluctuations over the tidal cycle and the averaged sea level. σ and M indicate the standard deviation of tidal level and the averaged tidal level over 12.42 h, respectively.a0, aσ, and aM are coefficients of the regression model and e represents the error. The performance of the regression model was indicated by the adjusted R2, which was 0.78, 0.69, 0.66, and 0.65, respectively, for the cases with LI = 50, 100, 150, and 200 m (Table 2, Supplementary Figures S1, S2). With increased inland aquifer extent, the weight of the averaged tidal level (aM) in the regression model decreased and the performance of the regression model slightly declined.
TABLE 2 | Summary of regression results for submarine groundwater discharge (SGD)a.
[image: Table 2]As expected, the response of the freshwater input, SMSW and SMUSP, to the tides was delayed, which failed the regression model in Eq. 2 excluding the antecedent tidal conditions. Similar to Yu et al. (2019b), we defined the cumulative effect of antecedent multiconstituent tides (Xσ and XM) in the regression models based on functional data analysis (Ramsay and Silverman, 2005). The cumulative effect was weighted in the form of the following convolution:
[image: image]
where DTLi is the parametric regressor, i.e., the weighted antecedent tidal conditions combined in a cumulative fashion. The subscript i indicates the independent value. t is the present time and t − jΔt is the past time associated with the quantified antecedent tidal condition. The increment Δt of each time step was set to 12.42 h. Xi,t−jΔt is the variable at that past time. The subscript j indicates the past time period considered in the convolution, with the minimum and maximum values of n and m, respectively (set to 1 and 1,411 (two years), respectively). [image: image] is a time-dependent weighting factor described by the following probability density function of the Gamma distribution:
[image: image]
where αi and βi are the shape and scale factors, respectively. The ratio αi/βi is the mean of the Gamma distribution, which indicates a tail of the distribution (a large αi/βi indicates a long tail). In addition, it reflects the overall contribution of the antecedent tidal conditions.
The freshwater inputs, SMSW and SMUSP, were then quantified using a linear combination of [image: image] and [image: image]. Firstly, we tested the freshwater input using the regression model as follows:
[image: image]
For the cases with fixed-head inland boundaries, this regression model well captured the variation of the freshwater input for the cases with LI = 200, 150, and 100 m (Table 3 and Supplementary Figures S3, S4; adjusted R2 = 0.99, 0.99, 0.96, respectively). However, the regression result (adjusted R2 = 0.65) for the case with LI = 50 m was not as good as the other cases with longer inland aquifer extents. The freshwater input was affected by the lateral hydraulic gradient, which was a combination of the inland watertable and tidal level. Given a short inland aquifer extent, the lateral hydraulic gradient was more responsive to the tidal fluctuation as it took less time for tidal signals to propagate into the inland boundary. The signal reflection would thus moderate the inland freshwater input. In this way, the contribution of the antecedent tidal conditions would decrease, whereas that of the present tidal conditions would increase. This was clearly shown by αi/βi values for both [image: image] and [image: image]; for example, with LI reduced from 200 to 150, 100, and 50 m, αi/βi for [image: image] decreased from 7.02 to 4.48, 2.38, and 1.44 days, respectively (Table 3 and Figure 8). As the regression model considered the antecedent tidal conditions only, it became poor for the cases with a short inland aquifer extent (e.g., that with LI = 50 m).
TABLE 3 | Summary of regression results for inland freshwater inputa.
[image: Table 3][image: Figure 8]FIGURE 8 | Probability density functions of inland freshwater input quantified with the antecedent tidal conditions on the aquifer: (A) time-dependent weighting factor for the standard deviation of tidal level ([image: image]) and (B) time-dependent weighting factor for the averaged tidal level ([image: image]). The shape and mean parameters (α and α/β) of the Gamma distribution functions are given in the inserts.
Overall, αi/βi values for both [image: image] and [image: image] were less than 10 days, suggesting that the recent tidal conditions were affected more on the freshwater input (Figure 8). Both the variation of αi and αi/βi were monotonic. In particular, for all the cases with fixed-head inland boundaries, αi values were larger than 1, suggesting that the maximum effect of the antecedent tidal conditions was delayed. With LI reduced from 200 to 150, 100, and 50 m, [image: image] for [image: image] decreased from 2.97 to 2.73, 2.24, and 1.52, respectively, whereas [image: image] for [image: image] decreased from 8.43 to 4.87, 2.44, and 2.25 days, respectively. These trends were consistent with the tidal propagation; that is, it took less time for tidal signals to reach the inland boundary and moderate the freshwater input with the reduced LI.
Secondly, we examined SMSW. The regression model for the freshwater input (Eq. 5) well captured the variation of SMSW for the cases with fixed-head inland boundaries (Table 4 and Supplementary Figures S5, S6) as well as that for the case with fixed-flux inland boundary (all the R2 values were larger than 0.95). As LI increased, both αi and αi/βi values increased monotonously (Figure 9), suggesting that the effect of the antecedent tidal conditions on SMSW was further delayed and prolonged as the inland aquifer extent increased.
[image: Figure 9]FIGURE 9 | Probability density functions of the amount of salt stored in the saltwater wedge (SMSW) quantified with the antecedent tidal conditions on the aquifer: (A) time-dependent weighting factor for the standard deviation of tidal level ([image: image]) and (B) time-dependent weighting factor for the averaged tidal level ([image: image]). For the cases with fixed-head inland boundaries, the shape and mean parameters ([image: image] and [image: image]) of the Gamma distribution functions are given in the inserts.
TABLE 4 | Summary of regression results for SMSWa.
[image: Table 4]Finally, we checked SMUSP using the regression model given in Yu et al. (2019b) for the cases with fixed-flux inland boundaries.
[image: image]
where [image: image] is the angular frequency related to the low-frequency of 6.50 × 10–8 Hz (period of 178.1 d). [image: image] and [image: image] are the amplitude and the phase shift of this signal, respectively.
This regression model failed to capture the variation of SMUSP, particularly under the conditions of LI = 50 and 100 m (Table 5 and Supplementary Figures S7, S8). The adjusted R2 values for LI = 50 and 100 m were, respectively, 0.23 and 0.47. This further demonstrated that the hydrodynamic process in the aquifers with fixed-head inland boundaries was more complicated than that with fixed-flux inland boundaries. As discussed earlier, in the former, the inland freshwater input was variable and affected by both the standard deviations and the averaged values of the antecedent tidal conditions. Therefore, we introduced the following new regression model with [image: image] included to account for the varying freshwater input.
[image: image]
TABLE 5 | Summary of regression results for SMUSPa.
[image: Table 5]Then, the variation of SMUSP was well captured in both trend and magnitude for the cases with fixed-head inland boundaries (Table 5 and Supplementary Figures S9, S10). The fitted results were improved in the new regression model (adjusted R2 of 0.23, 0.47, 0.63, and 0.70 for the old model (Eq. 6) in comparison with adjusted R2 of 0.92, 0.88, 0.87, and 0.87 for the new model (Eq. 7). It is interesting that αi/βi values for both [image: image] and [image: image] monotonically increased as LI increased (Figure 10). However, αi values for [image: image] and [image: image] showed opposite trends. The former decreased but the latter increased. This suggests that as the inland aquifer extent increased, the effect of the mean tidal level on the USP was further delayed, whereas the effect of standard deviation was further enhanced. The USP developed in the seaside aquifer and was altered by both the fluctuation intensity of tides and the inland freshwater input. The opposite trends of the enhanced tidal effect and the reduced effect of the inland boundary on the USP are consistent with the previous studies (Werner et al., 2013; Robinson et al., 2018).
[image: Figure 10]FIGURE 10 | Probability density functions of the amount of salt stored in the upper saline plume (SMUSP) quantified with the antecedent tidal conditions on the aquifer: (A) time-dependent weighting factor for the standard deviation of tidal level ([image: image]) and (B) time-dependent weighting factor for the averaged tidal level ([image: image]). For the cases with fixed-head inland boundaries, the shape and mean parameters ([image: image] and [image: image]) of the Gamma distribution functions are given in the inserts.
DISCUSSIONS
There are generally two types of inland boundary conditions for coastal unconfined aquifers: topography-controlled and constant freshwater discharge, to which the fixed-head and fixed-flux inland boundaries could be applied, respectively (Werner and Simmons, 2009). Given the similar freshwater input, the yearly averaged SGD and salinity distributions remained similar in the aquifers subjected to the multiconstituent tides. However, with the fixed-head inland boundary, the multiconstituent tides led to more remarkable fluctuations of the USP and SW, in comparison with those for the case with fixed-flux inland boundary. This reflects intensive mixing between freshwater and seawater, which was shown to intensify as the inland aquifer extent decreased. As chemical compositions of seaward seawater and land-sourced fresh groundwater are apparently different, these enhanced mixing between freshwater and seawater would favor biogeochemical reactions in coastal aquifers (Robinson et al., 2018).
With the fixed-head inland boundaries, the lateral hydraulic gradient varied in response to the multiconstituent tides. This led to a varying inland freshwater input, which was more remarkable as the inland aquifer extent decreased. However, the SGD, as the total water efflux, kept a similar fluctuation trend for all the cases and was not significantly altered by the inland aquifer extent. Based on the principle of mass conservation, it is expected that the varying inland freshwater input would moderate the storage of both the freshwater and land-sourced chemicals stored in the aquifer.
The spectrum analysis of the SGD and SMSW showed that the importance of different signals was similar for the aquifers with fixed-head or fixed-flux inland boundaries. The spectrum of freshwater input demonstrated the significant effect of low-frequency signal (365-day period) in the fixed-head inland aquifers and its influence increased as the inland aquifer extent increased. This suggests that the signal of the year-long period in the tidal series was enhanced in the inland freshwater input. The influence of this signal also increased with the increased inland aquifer extent for the size of USP in the aquifers with fixed-head inland boundaries. Consistently, the 365-day period signal did not appear in the spectrum of SMUSP for the aquifer with fixed-flux inland boundary. These results were overall consistent with previous studies that coastal aquifers with fixed-head inland boundaries are more responsive to changes to ocean boundary conditions as groundwater discharge and salt distributions can be easily changed (Werner and Simmons, 2009; Michael et al., 2013). Our results further highlighted the importance of low-frequency tidal fluctuations. Not only the SW but also the USP was affected by low-frequency signals. In particular, the USP was affected more by low-frequency signals as the inland aquifer extent increased. At a longer-time scale, the location of the fixed-head inland boundary in a natural aquifer depends on the local topography and mean sea level. A relative sea-level rise, as a combination of the two, is expected to reduce the inland aquifer extent. In this way, the high-frequency tidal signals would play a more important role in affecting salinity distributions (both the SW and USP).
SGD is extensively recognized for delivering considerable land-sourced chemicals to the sea and thus affects marine ecosystems such as inducing coastal eutrophication. Salinity distributions in aquifers affect terrestrial ecosystems and fresh groundwater use in coastal areas. Based on our results, the response of the SGD to multiconstituent tides is mostly instantaneous. This suggests that an intensified oceanic forcing condition may instantaneously lead to large input of chemicals to the sea. The variations of the SW and USP are insensitive to the present tidal conditions but related to the antecedent tidal conditions. Oceanic forcing conditions would affect the salinity distributions in aquifers in a prolonged fashion. This suggests that the management of coastal groundwater resources such as control of seawater intrusion could carefully consider antecedent oceanic forcing conditions and long-lasting impacts of human activities (e.g., groundwater extraction and recharge). The regression models presented in this study provide a way for predicting salinity distributions in coastal aquifers under different scenarios and would help guide decision-making.
CONCLUSIONS
This article has examined the SGD and salinity distributions in coastal aquifers with fixed-head inland boundaries and subjected to the influence of multiconstituent tides. The numerical simulations with different inland aquifer extents represented the typical topography-controlled unconfined coastal aquifers. The following conclusions can be drawn:
• Given a similar yearly averaged freshwater input, the SGD responded instantaneously to the multiconstituent tides. The effect of the inland aquifer extent on SGD was minor. However, the USP and SW fluctuations were enhanced as the inland aquifer extent decreased.
• Inland freshwater input was affected by the combination of the inland aquifer extent and multiconstituent tides. Filtering effect of the aquifer on the high-frequency tidal signals was weakened as the inland aquifer extent decreased and that led to enhanced fluctuations of the freshwater input. The varying freshwater input in turn affected remarkably the salinity distributions in the aquifer.
• The regression modeling approaches developed in Yu et al. (2019b) were shown to be able to quantify the variation of the SGD and SW but did not work well for the USP. The cumulative influence of the antecedent lateral hydraulic gradients (as a combination of inland watertable and tidal level) was further included in the new regression model for the USP.
In natural systems, the inland condition is more complex than that of either fixed-head or fixed-flux inland boundary as the inland freshwater input is commonly irregular in response to local rainfall, evapotranspiration, and anthropic groundwater use. While our regression models well captured the SGD and salinity distributions in both aquifers with fixed-head and fixed-flux inland boundaries, they remain to be tested for real aquifer systems. It is worth noting that most natural aquifers are also affected by high-frequency waves and episodic rainfall. All these forcing factors would affect SGD process and salinity distributions in a prolonged fashion (Xin et al., 2014; Yu et al., 2017). Long-term investigations are necessary for applying our regression models in real coastal aquifers. With available long-term datasets, possible quantitative analysis on the interaction among these forcing factors would help to uncover complex SGD process and salinity distributions. Nevertheless, the present study has provided guidance for future research, including field investigations that aim to establish the principle link of SGD and salinity distributions to hydrological forcing factors.
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Accurate SGD (submarine groundwater discharge) mass export calculations require detailed knowledge of the spatial and temporal variability in SGD rates. In coastal aquifers, SGD includes a terrestrial freshwater component as well as a saline component originating from circulating seawater. Representative field measurements of SGD rates are difficult to conduct, because SGD is often patchy, diffuse, and temporally variable, especially under tidal influence and high wave activity. In this study, a combination of lysimeters, seepage meters, temperature sensors, pore water radon, and numerical modeling was used to estimate the volumes of infiltrating seawater and exfiltrating groundwater in the intertidal zone of a mesotidal, high energy beach on Spiekeroog Island, northern Germany. Additionally, a 3D-laser scanner was used over short (days) and medium time scales (months) to determine changes in beach topography. The results showed net water infiltration above mean sea level (MSL) and net exfiltration below MSL. Water exchange rates fluctuated between 0.001 and 0.61 m day−1, showing similar ranges within the multiple method approaches. The beach topography was subject to strong fluctuation caused by waves, currents, wind driven erosion and sedimentation, even over short time scales. A comparison of extrapolated in- and exfiltrating water volumes along a beach transect from the mean high water to mean low water line at different times highlights the variability of total in or outflow. The results show that exchange rates depend on beach topography, which in turn changes significantly over time.
Keywords: exchange rates, submarine groundwater discharge, meso-tides, seepage meter, radon, temperature/heat as a tracer
INTRODUCTION
Over the last decades several studies have suggested that, in addition to riverine inputs, the nutrient fluxes entering the ocean via submarine groundwater discharge (SGD) play an important role for marine ecology and elemental cycles (Johannes, 1980; Swarzenski, 2007; Moore et al., 2008; Kwon et al., 2014; Cho et al., 2018). However, estimates of elemental fluxes to nearshore waters require detailed knowledge of the spatial and temporal variability of SGD rates (Miller and Ullman, 2004; Urish and McKenna, 2004) and volumes of water circulating through the STE. On local to regional scales the concentrations of nutrients can even be high enough to directly influence near-shore productivity (Burnett et al., 2003) and may cause harmful algal blooms or impact on benthic community structure (Hwang et al., 2005).
In coastal aquifers, the subsurface mixing zone between terrestrial freshwater and circulating seawater was termed subterranean estuary (STE) (Moore, 1999). Under the influence of tides, the STE commonly includes a freshwater discharge tube, an upper saline plume (USP), and a saltwater wedge (Robinson et al., 2006). Seawater infiltrates around the high-water line (HWL), travels through the USP, before exfiltrating as saline to brackish groundwater at the low water line (LWL). Other discharge stems from circulating seawater in the saltwater wedge and terrestrial groundwater from the freshwater discharge tube. Hence, the water either flows in or out across the sea floor, which has been termed as submarine groundwater recharge or SGD, respectively, by Burnett et al., (2003). In general, the total outflow across sea floor often exceeds the total inflow because of additional terrestrial freshwater contributing to SGD. Groundwater in the STE has a wide range of residence times and therefore the chemical composition can also be very variable (Seidel et al., 2015; Beck et al., 2017; Heiss et al., 2017). Additionally, the STE is highly biogeochemically active (Anschutz et al., 2009; Seidel et al., 2015; Waska et al., 2019) with a characteristic redox zonation and salinity distribution (McAllister et al., 2015; Beck et al., 2017; Waska et al., 2019). Fluxes of SGD generally depend on hydro(geo)logical parameters, i.e. beach slope, aquifer depth, hydraulic conductivity, tidal amplitude, or the terrestrial freshwater flux (e.g., Michael et al., 2005; Robinson et al., 2007; Abarca et al., 2013; Greskowiak, 2014; Evans and Wilson, 2016). This makes precise SGD measurements in the field difficult to conduct as SGD predominantly occurs patchy, diffuse, as well as being spatially and temporally variable (Burnett et al., 2006; Röper et al., 2014). Under high energy conditions, conducting field measurements is particularly challenging.
Groundwater in- or outflow to or from the STE has often been measured using seepage meters (e.g., Michael et al., 2003). In its simplest form with an attached plastic bag on top of the chamber, seepage meters are cost-efficient. However, the small chamber diameter limits their spatial coverage and a large number of replicates is necessary to accurately reflect the spatial variability of SGD (Cable et al., 2006). Additionally, tides and waves impede their applicability in highly dynamic coastal ecosystems and require reasonable adaption times in the field (Tirado-Conde et al., 2019).
Pan lysimeters offer another possibility to estimate fluxes during infiltration events. They have been used in non-permanently saturated beach areas by Heiss et al. (2014) in order to determine volumes of infiltrating water during swash events at two sandy beaches at Cape Henlopen (tidal range of 1.4 m). The study demonstrated that lysimeters provide infiltration rates that are comparable to rates estimated based on changes in water content and can additionally be useful to characterize subsurface saturation in sandy beach aquifers.
Another method to calculate exchange rates is dissolved radon-222 (222Rn), a chemically inert noble gas, as a natural tracer for pore water residence times. 222Rn activities in seawater are often close to instrument detection limits. This is due to seawater being naturally low in the parent isotope radium-226 (226Ra; half-life of 1,602 years), which is produced by particle-associated thorium. In addition 222Rn is also lost to the atmosphere, driven by molecular diffusion and wind driven turbulent exchange (Burnett and Dulaiova 2003). In contrast, sediments are enriched in 226Ra, which decays to 222Rn (Swarzenski, 2007). As a consequence, pore waters are enriched in 222Rn compared to seawater. Assuming a homogeneous distribution of 226Ra in the sediment and a closed-system (i.e., no degassing), the ingrowth of 222Rn as a function of time can be calculated up until steady state between production and decay. This can be used to calculate pore water residence times (Colbert et al., 2008; Tamborski et al., 2017; Gilfedder et al., 2018). By determining the increase of residence time with depth and assuming 1D vertical flow it is possible to estimate seawater infiltration rates.
Temperature as a tracer for quantifying water fluxes between ground- and surface water has frequently been used in terrestrial systems. This is due to temperature loggers being increasingly affordable, having a high sensitivity and small size, all stemming from technological advances in the microelectronics (Anderson, 2005). This has allowed deployment of vertical temperature sensors in stream and lake beds (Constantz, 2008; Blume et al., 2013), with measurements being used to either map the spatial distribution of water fluxes (Schmidt et al., 2006) or to capture the temporal dynamics of fluxes in response to external forcing such as precipitation (Rau et al., 2014). The application of temperature for qualitative mapping of groundwater discharge zones is common (e.g., Röper et al., 2014). However, despite its relatively simple application and ability to quantify both infiltration and exfiltration rates, temperature has seldom been quantitatively used in SGD studies. Some exceptions include Taniguchi et al. (2003), who used a steady state and transient approach to quantify water fluxes in the Cockburn Sound (Australia) and Befus et al. (2013), who applied temperature profiles to assist in calibrating a 2D model of the intertidal zone of a tropical Island.
Most of the methods described above were predominantly used at low-energy environments (e.g., Michael et al., 2003; Santos et al., 2012; Heiss et al., 2014). To date, they have rarely been applied in highly dynamic environments, such as high energy beach systems (e.g., Goodridge and Melack, 2014), where mixing of water from different origins and ages is large. Previous studies predominantly focused on one or two independent methods to estimate SGD, whereas Giblin and Gaines (1990), Mulligan and Charette (2006), or Burnett et al. (2006) used a multiple method approach in order to compare methods and respective SGD rates. Results showed that method-dependent differences between rates occur, which is why the simultaneous use of different techniques is recommended. This applies especially at high energy beaches, where spatial and temporal heterogeneity is assumed to be high due to the strong interplay of wind, waves, and tides.
In the presented study, our aim was 1) to apply a suite of field methods to determine the in- and exfiltration rates in the intertidal zone of a high energy beach (Spiekeroog Island, Germany) across all seasons and 2) to compare field results with flux rates obtained from an existing flow and transport model. We tested 3) the applicability and limitations of different methods under transient, highly dynamic conditions and used topographical information of a 3D laser scanning 4) to investigate the spatial dependency of the rates on morphodynamic conditions.
METHODOLOGY
Study Site
The study site is located in the intertidal zone at the northern beach of Spiekeroog, a barrier island with a size of ∼21 km2 in front of the North German coastline (Figure 1). Spiekeroog predominantly comprises fine- to medium grained Holocene sands above Pleistocene deposits (Streif, 1990). In the absence of considerable surface runoff, precipitation surplus can infiltrate almost completely into the permeable dune sediments with an estimated recharge rate of 350 mm a−1 (Röper et al., 2012). Density differences between fresh and saline groundwater enabled the formation of a freshwater lens overlying seawater in the subsurface, which is limited by a confining clay layer at a depth of approximately 40 m below sea level (Röper et al., 2012) and used for the islands drinking water supply. Groundwater ages in the lens increase vertically up to 50 years (Seibert et al., 2018).
[image: Figure 1]FIGURE 1 | Location of the field site. The aerial picture was provided by the NLPV (2011).
Previous studies observed exfiltrating brackish water containing freshwater from the lens in the intertidal zone at the northern beach of Spiekeroog where the beach is exposed toward the open North Sea and affected by semidiurnal tides with an amplitude of 2.7 m (mesotidal) (Beck et al., 2017; Reckhardt et al., 2017; Waska et al., 2019).
The beach morphology is predominantly characterized by sandbanks and troughs, which generally exist during all seasons (Flemming and Davis, 1994; Beck et al., 2017), but change their position and extension over the year (Waska et al., 2019). In the following, these morphodynamical characteristics are referred to as runnel and ridge structures, even though the original criteria by King and Williams (1949) are not completely fulfilled with respect to macrotidal conditions. The uppermost ridge is temporarily inundated (high tide) or exposed (low tide). Shallow porewater data and numerical simulations for the study site suggested the typical hydrological zonation of a tidally influenced STE (Beck et al., 2017; Reckhardt et al., 2017). Initial modeling approaches suggested that freshwater discharge occurs exclusively into the runnel (Beck et al., 2017). However, further extensive hydrochemical investigations from Waska et al. (2019) as well as apparent 3H-3He ages from Grünenbaum et al. (2020) indicated additional freshwater discharge at the LWL. Beck et al. (2017), Waska et al. (2019), and Grünenbaum et al. (2020) presumed the ridge to function as a groundwater divide during unsaturated conditions (low tide). Recent numerical simulations based on measured salinities and 3H-3He data from Grünenbaum et al. (2020) showed that the strength of the groundwater divide can regulate the groundwater flow in the STE leading to the formation of either a single freshwater exfiltration zone in the runnel (referred to as the “one-plume system”) or two freshwater exfiltration zones at both runnel and LWL (“two-plume system”). The topography of such a high energy beach is subject to strong changes depending on erosion and sedimentation processes, especially during the storm flood season in winter (Dobrynin et al., 2010). Grünenbaum et al. (2020) concluded that changes between a one- and two-plume system over time, as well as overlapping conditions at the study site as a function of beach topography, are likely.
According to the findings of Beck et al. (2017) and Waska et al. (2019), the intertidal zone of Spiekeroog can be separated into 4 zones, with either infiltrating (HWL, Ridge) or exfiltrating (Runnel, LWL) conditions (see Figure 2B).
[image: Figure 2]FIGURE 2 | Measured temperature profiles for (A) February 2018 and (B) March 2019. Exfiltrating conditions are assumed to occur, where porewater’s temperatures are higher in ∼2 m depth compared to the top and decreases toward the surface. Infiltration conditions are assumed to occur, where temperature sensors show almost continuous temperature of seawater from top to 2 m depth.
Quantifying In- and Exfiltration Rates
Different techniques were used to determine the volumes of in- and exfiltrating water. In general, seepage meters and/or lysimeters were installed during spring tide, while 222Rn and temperature were measured simultaneously or within the ensuing week to ensure the mean LWL during low tide could be reached. To compare estimates of different methods, all measurements were reported in Darcy-velocities [m day−1]. Assumptions made for up-scaling are described below for each method.
Handheld Lysimeter Construction and Sampling
Infiltration was measured using a modified pan lysimeter based on the work of Jordan (1968) and Heiss et al. (2014) above the permanently saturated beach areas within the intertidal zone up to the mean spring tide mark.The lysimeters were constructed using a PE-cylinder (Ø 110 mm, height: 500 mm), whose bottom closed conically toward a tube connection (FEP-tube 4 mm × 6 mm, Supplementary Figure S1A). This allowed a complete drainage of the buried lysimeters. The upper part of the cylinder was closed with a porous filter plate (PE, 200 μm, thickness = 5 mm), which was protected by a filter sleeve. The remaining space was filled up with sediment from the site (predominantly fine sand). Previous lab experiments by Heiss et al. (2014) revealed that this approach limits the preferential flow into the lysimeter. A second tube connection (4 mm × 6 mm) was attached directly below the porous plate to ensure atmospheric pressure inside the device in order to enable water infiltration.
In October 2016, March 2017, and August 2017, six lysimeters were buried in the unsaturated beach around the HWL at a depth of approximately 20 cm. To limit disturbance of the system, a hole was dug down to the groundwater level and the lysimeters were inserted horizontally into the undisturbed sediment, thereby maintaining an undisturbed sediment cover (Supplementary Figure S1B). Sediment gaps were carefully filled with sand before the hole was completely refilled. The lysimeters were left in the sand for 1 day (24 h) to adapt before they were regularly emptied after one tidal cycle using a peristaltic pump (Peristaltic Pump VDC 12 Standard, Eijkelkamp Soil & Water) connected to the tubing system. In order to prevent surface water from entering the drainage or venting tube during high water, both tubes were equipped with wooden swimmers and fixed on a wooden beam. Shallow piezometers (high-density polyethylene, Ø 63/51.4 mm) equipped with pressure loggers were installed close to the lysimeters in order to continuously measure the groundwater level. This way, misinterpretation as a result of unintentional inflow of groundwater into the lysimeters was prevented. Sand accumulations inside the piezometers were impeded by the usage of short filter screens (Ø 63/51.4 mm × 500 mm) with a slot width of 0.3 mm surrounded by a filter sleeve. The lysimeters provided volumes in m3 per tidal cycle per m2 beach, which were doubled (semidiurnal tides) to determine a rate in m per day.
Seepage Meter Construction and Sampling
Seepage meters were constructed from PE-cylinders (150 mm height, Ø 670 mm) after Lee (1977) and were unilaterally closed with an unlockable tube port on top (12 mm, Supplementary Figure S2A). In October 2016 and August 2017, four seepage meters were carefully placed slightly inclined into the saturated sediment from the LWL to the HWL (protruding ∼5 cm from the sediment surface) (Supplementary Figure S2B). The locations of seepage meters were varied several times along the transect to reflect the entire intertidal zone. The port was left open for adapting to the environment for at least 30 min. Subsequently, a 3 L PE bag was attached to the outlet for a minimum of 30 min (up to several hours) without changing. Longer adaption or collecting times were not possible for the study site, because strong wave movement threatened to displace the seepage meters. Note that due to the short adaption times we suppose that the water collected in the bags was not pure SGD but seawater which was displaced by discharging groundwater. This means that further geochemical water analysis (e.g., for salinity) would not have been meaningful. Hence, we could not distinguish between fresh and saline SGD in the field using seepage meters. The bags were filled with 500 ml of seawater to impede underestimation of fluxes as mentioned in Shaw and Prepas (1989) and to enable infiltration from the seepage meter into the sediment (Michael et al., 2003). Volume loss or gain was determined after the respective sampling time for each seepage meter. Seepage meters only provided point measurements over a certain period of time and no information about the temporal development of the rates during a tidal cycle as they could not remain in the sediment for long. Additionally, it was not possible to recover them during high tide as they were submerged by ∼3 m water depth. To upscale to daily infiltration rates the measured rates (m3 per m2 per hour) were assumed to be representative for the time period when the respective beach location was inundated. The inundation time for each sampling point was determined from surface water level and respective surface elevation. In order to calculate exfiltration rates, point measurements were assumed to be representative for the entire tidal cycle, regardless of rising or falling water levels. Measured rates were then extrapolated for 1 day.
Analysis of 222Rn in Pore Water
To analyze 222Rn, multiple discrete 1.5 L pore water samples were extracted in a range of 0.5–2.0 m depth below the surface during five field campaigns in March, May, August and September 2017 as well as in February 2018. Per campaign two to three pore water profiles were sampled. Each profile consisted of at least two and up to 4 samples (Supplementary Figure S3). The sampling sites covered the entire intertidal zone, but only samples taken in infiltration zones are discussed in this study. In exfiltration zones, where the groundwater discharging is relatively old, 222Rn cannot be applied as tracer due to its short half-life of 3.8 days and mixing of water masses of different origin. Fresh groundwater deriving from the freshwater lens is assumed to be in equilibrium with surrounding sediments or may deliver even higher loads of 222Rn released by lithologies other than beach sand. Samples were assumed to be a mixture of seawater and freshwater, when the salinity deviated by > 10% from seawater salinity and were subsequently excluded from rate calculations. Porewater was extracted using stainless steel push point samplers and a peristaltic pump (Peristaltic Pump VDC 12 Standard, Eijkelkamp Soil & Water) at low flow rates (<0.5 L/min) to avoid degassing. The polyethylene terephthalate (PET) sample bottle was purged by about one bottle volume and filled without headspace.
222Rn activities were measured in a closed air-loop setup, using a radon-in-air monitor (RAD 7 Radon Monitor, Durridge Company, Inc.; Supplementary Figure S4). Prior to measurement, about 7 ml of the sample were carefully discarded to create a headspace. Air was bubbled through the water sample using the internal pump of RAD7 and the stripped 222Rn was transferred in a closed air loop to the detection chamber. From March to September 2017, an active moisture exchanger was implemented in-line with the drying column. In February 2018, the air-loop setup was used without an active moisture exchanger. Counts were integrated from 5 to 8 cycles with each 10–15 min counting time. To convert RAD7 counts into radon-in-water concentrations air loop 222Rn-concentrations were multiplied by a conversion coefficient. This coefficient takes into account sample and air-loop volumes as well as temperature and salinity. The samples were corrected individually for the decay, which occurred between sampling and analysis. Yet, all samples were measured within 24 h after sampling.
Infiltration rates were deduced from the depth distribution of pore water residence times assuming 1D-vertical flow with the latter derived from measured 222Rn activities. Under the assumption that the half-life of the parent isotope 226Ra is much longer (1,602 years) than of 222Rn (3.8 days), the Bateman Equation (Bateman, 1910) can be simplified to describe the ingrowth of 222Rn in a closed system:
[image: image]
Here the pore water 222Rn activity is a function of the equilibrium activity [image: image], the specific decay constant [image: image]and the residence time[image: image].
Rearranged, the residence time can be calculated:
[image: image]
In this study, [image: image] was defined by the activity of a groundwater sample, that was retrieved from 2 m below surface in the runnel exfiltration zone in September 2018 (Supplementary Figure S3). According to modeling results from Beck et al. (2017) and Grünenbaum et al. (2020), pore water residence times at this location ranged between several months up to years and are, thus, sufficiently long to approximate[image: image].
According to Tamborski et al. (2017), residence time calculations have reasonable uncertainties when residence times are longer than 0.5 days, but shorter than 7 days. The lower limit is based on radon detectability and background activities such as the seawater radon end-member, whereas the upper limit results from the asymptotical approach of [image: image] during 222Rn ingrowth.
Assuming the uniform distribution of the parent isotope 226Ra in the sediment and steady-state pore water velocities at seawater infiltration sites, the slope of the linear regression function of the 222Rn residence time vs. depth represents the fluid velocity, which was multiplied by the effective porosity ([image: image]) to obtain the Darcy flux.
Temperature Sensors
The quantitative use of temperature is based on solving the advection-conduction-dispersion equation for heat transport in porous media and relies on solutions (depending on boundary conditions) to the partial differential equation for heat transport (Anderson, 2005).
This can be written as (Anderson, 2005; Schmidt et al., 2006):
[image: image]
Where T is temperature (°C), t is time (s), ρc is the volumetric heat capacity of the fluid-solid system (J m−3 K−1) and is often written as ρc = nρwcw + (1 − n) ρscs with ρwcw (J m−3 K−1) being the volumetric heat capacity of the liquid phase and ρscs (J m−3 K−1) the volumetric heat capacity of the solid phase, qz (m s−1) is the Darcy seepage velocity, while ke (J s−1 m−1 K−1) is the effective thermal conductivity of the saturated sediment with no advective flow.
This equation can be solved analytically or numerically for 1D heat transport assuming 1D vertical flow for either steady state or non-steady state boundary conditions (Lapham, 1989; Rau et al., 2014; Munz and Schmidt, 2017). For steady state 1D heat transport and Dirichlet-Type boundary conditions at the upper and lower ends, the solution of Eq. 3 can be written as (Bredehoeft and Papaopulos, 1965):
[image: image]
L is the depth (m) of the lower boundary condition (m), while TL is the temperature (°C) at depth L and is usually assumed to be the regional groundwater temperature, T0 is the temperature (°C) of the upper boundary condition, usually the surface water temperature or, as in our case, just below the sediment-water interface. As the name implies this solution assumes that there is no temporal change in either boundary condition or the groundwater flux and that sediment properties are constant and uniform in time and space.
Typically, the steady state model is fitted to a measured temperature profile by minimizing the root mean square error by varying the Darcy velocity, assuming all other parameters are known. Negative Darcy velocities indicate groundwater exfiltration while positive values are infiltration of seawater into the subsurface.
The BT-lances were made of pointed stainless steel tubing with a diameter of 1 cm and equipped with eight high sensitivity thermistors (5 kΩ NTC thermistor, 0.2% from Reichelt GMBH) (Supplementary Figure S5). The thermistors were attached to a stainless steel rod at intervals of 0.08, 0.15, 0.37, 0.57, 0.78, 0.96, 1.16, and 1.37 m that was inserted into the stainless steel housing. The free space was back-filled with fine quartz sand with a similar grain size to the field site. This was an attempt to replicate the thermal characteristics of the beach and to avoid convection that can occur within an air-filled or water-filled tube. Each sensor was attached to a circuit board that measured the resistance of the thermistors. Resistivity was converted to a digital value using an 18 bit ADC and stored to flash memory. Resistivity was converted to temperature values using the function supplied with the thermistors. The electronic setup was based on Arduino architecture and was developed as part of our push towards low-cost high-resolution measurement devices for environmental applications. Tests in the laboratory have shown that each sensor has a resolution of ∼0.003°C, and the difference between sensors was around 0.007°C. The high resolution can be attributed to the high-resolution ADC and high quality thermistors.
Temperature profiles were measured from the LWL towards the HWL in February 2018 and March 2019. We did not extend the temperature mapping to the HWL to avoid complications due to heat transport in the unsaturated sands. The temperature lance was driven into the sediment and then left to equilibrate (for ∼10 min). In total nine temperature profiles were made along the transect. The steady state model was fitted to each profile by varying the Darcy flux to minimize the Root-mean-square error (RMSE) between the model and the measurements as in Schmidt et al. (2006), see Supplementary Figure S6. The thermal parameters were largely taken from Rau et al. (2012), who conducted detailed heat transport experiments on saturated clean quartz sand in the laboratory. The thermal conductivity and volumetric heat capacity of saturated sand were 3.8 J s−1 m−1 K−1 and 3.23 × 106 J m−3 K−1 respectively. Despite groundwater temperatures never being truly stationary, especially in small island aquifers, we have defined the lower boundary as the depth at which the yearly amplitude in temperature variations is less than 1°C. Based on an evaluation of nested bores located about 3 km to the east of the site (Holt et al., 2019) we set the lower boundary condition as the mean yearly temperature from bore DN-d at a value of 10.6 °C from a depth of 6.4 m. The standard deviation (1σ) in temperatures at this depth was 0.3°C.
Numerical Model
Grünenbaum et al. (2020) developed a two-dimensional cross-sectional model of the study site (from dune base 700 m toward the sea) in order to estimate the groundwater flow, residence times, and salinity distribution at the site, thereby using a time-averaged topography (Supplementary Figure S7). Several model cases were set up with the density-dependent groundwater flow model SEAWAT, in order to display the model’s sensitivity against changes in model parameters such as dispersivity, hydraulic conductivity, and the groundwater flux from the island’s freshwater lens. The existence and extension of a groundwater divide below the ridge was considered in the tide-averaged head calculation in different scenarios. The analysis of the water budget of one selected model provided approximated fluxes through the STE per day along 1 m of shoreline. The model chosen was considered the most realistic one based on shallow salinity measurements, the conceptual model proposed by Waska et al. (2019), and hydraulic parameters by Beck et al. (2017). Note that the influence of waves was not considered in the presented modeling approach. Further model assumptions were the use of tide average heads neglecting storm flood events or spring/neap tides, the estimation of fresh groundwater flux, as well as the uncertainty of the calibration parameters. SGD fluxes can be assumed to be between 0.5 to 2 times the provided rates as also stated in Beck et al. (2017). This estimation is based on findings from Xin et al. (2010), who compared tide-resolved modeling approaches without and with wave setup. The latter resulted in an increase of 33% in the total SGD rates plus a doubled saline SGD rate through the USP.
Morphodynamic Changes and Upscaling
The change in beach topography was measured with a 3D Laser scanner (FARO Focus 3D X 130) in several campaigns (March 2017, May 2017, August 2017, and February 2018). A point distance of 3.068 mm per 10 m was used, recommended for outdoor scans with a distance between the scanner and the object of interest greater than 20 m. In total, eight scans per sampling campaign were conducted and combined, in order to completely cover the study site (200 m × 200 m). Post-processing was done with the FARO software Scene 5.4. The accuracy was strongly dependent on environmental conditions during scanning in the field, but was always under 10 cm.
The measured and modeled in- and exfiltration rates (Darcy-velocities obtained with the various methods) were correlated to the respective topographic heights. Using the areal topography from the 3D laser scans, these rates were transformed to volumetric fluxes for the whole study area. The scanning results were subsequently assigned to the respective in- or exfiltration zone (HWL, Runnel, Ridge, LWL) for the individual campaigns based on relative position in the intertidal zone (Figure 5; Supplementary Figure 8) and findings from Figure 3. The resulting volumetric in- and exfiltration rates between mean HWL (1.37 m Above Sea Level) and mean LWL (−1.37 m ASL) were normalized to 1 m shoreline.
[image: Figure 3]FIGURE 3 | Measured exchange rates plotted vs. surface elevation. Positive rates indicate infiltration and negative rates exfiltration. The different techniques are illustrated with red squares (lysimeters), blue circles (seepage meters), green crosses (222Rn), and black stars (temperature sensors). Mean HWL (red), MSL (black), and mean LWL (blue) are shown as dashed lines.
RESULTS AND DISCUSSION
Spatial Variability of Exchange Rates
Temperature profiles can be used to qualitatively identify in- or exfiltration zones. As sampling was done in winter, warmer water near the surface should indicate discharge areas. Such upwelling of warm groundwater was observed in the runnel and at the LWL. In contrast, very low SGD rates or infiltrating conditions are indicated by little increase of temperature with depth. This was observed at the ridge and at the HWL (Figure 2). These effects were particularly pronounced in February 2018 due to the higher temperature difference between ground and surface water compared to March 2019. Hence, the temperature profiles allow to rapidly screen a field site for potential SGD areas and relate this to the site morphology in a runnel-ridge system (Figure 2B).
Groundwater exchange rates were estimated based on seepage meters, lysimeters, 222Rn measurements, and heat modeling of the temperature sensors (Supplementary Table S1). Note that the subsequent discussion of measured exchange rates is limited to their spatial variability at the beach as the techniques were used over different seasons, under varying environmental conditions, at various locations, and not all simultaneously. As such the present data, though extensive, is not sufficient to clearly attribute exchange rates to factors of influence such as seasonality reflected by tidal variation or a change in the terrestrial groundwater flow.
Infiltration rates at the site were found to span over two orders of magnitude and ranged between 0.001 and 0.61 m day−1. Measured exfiltration rates were mostly lower and were also less variable, fluctuating between −0.007 and −0.13 m day−1. Similar SGD rates were determined, for example, at Waquoit Bay (∼0.05–0.3 m day−1) based on radon and radium time series in bay waters and seepage meters measurements from 2002 to 2003 (Mulligan and Charette, 2006).
The water exchange rates plotted vs. surface elevation using all methods and measurements showed that net infiltration predominantly occurred above MSL, while net exfiltration prevailed below MSL (Figure 3). The high fluctuations of infiltration rates in temporally unsaturated beach areas (≥1 m ASL) were likely caused by a spatial variability in the position of the HWL. Thereby, smaller infiltration rates might be attributed to single swash events instead of constant infiltration of seawater over a certain period. In contrast to the partly unsaturated HWL zone, infiltration rates in saturated beach areas (∼<1 m ASL) were mostly lower (≤0.1 m day−1).
Figure 4 shows how the rates varied along the cross-section visualizing the different in- and exfiltration zones (HWL, Runnel, Ridge, LWL, compare Figure 2A). Infiltration rates at the HWL were found to fluctuate the most, i.e., covering rates from 0.001 to 0.61 m day−1, while infiltration rates at the ridge were mostly lower and varied between 0.03 and 0.11 m day−1. Predominately exfiltrating conditions were encountered in the runnel and at the LWL spanning rates between −0.007 and −0.06 m day−1 (runnel) and −0.02 and −0.13 m day−1 (LWL). Compared to measured exchange rates, numerical modeling by Grünenbaum et al. (2020) displayed the same spatial distribution of in- and exfiltration zones, but infiltration rates at the HWL were generally lower (∼0.1 m day−1). Note that only one model run with averaged beach topography was used for flux calculation.
[image: Figure 4]FIGURE 4 | Comparison of all measured exchange rates across respective in- or exfiltration zones (HWL = red, Runnel = light blue, Ridge = orange, LWL = blue). The different methods are indicated with squares (lysimeters), circles (seepage meters), crosses (222Rn), and stars (temperature sensors). Model results are also included (triangles). The exemplary surface elevation from October 2016 is added to visualize the principal zone distribution along the cross-section.
In order to visualize the topography changes and the spatial distribution of in- and exfiltration zones, representative selected LIDAR scan results of two seasons (August 2017 and February 2018) are shown in Figure 5. Whereas the runnel-ridge system was always present, the location and extension of both runnel and ridge differed significantly for the two seasons. In August 2017, two separate ridges existed, a long-shore ridge and a ridge-like feature striking in 45° from the HWL towards the LWL. Conversely, the beach topography in February 2018 showed a typical long-shore runnel-ridge sequence from the HWL towards the sea. Corresponding exchange rates plotted into the scans mostly showed infiltrating conditions at the HWL and the ridge and exfiltrating conditions at the LWL and the runnel. Deviations were occasionally observed, e.g., in February 2018 at the LWL and in the HWL zone. Based on the temperature distribution in Figure 2, it appears that the fact that exfiltration rates were calculated above MSL from temperature data is possibly the result of the assumption of 1D flow, while in reality it is 2-(or 3) dimensional.
[image: Figure 5]FIGURE 5 | Determination of beach topography (∼200 m × ∼200 m, black box) for August 2017 and February 2018 including both location and extent of measured exchange rates. Infiltration rates based on lysimeters measurements (red circles) were displayed as mean value from all measurements for respective sampling campaign at same location. Dashed polygons indicate topography-based classification of in- and exfiltration zones (HWL, Runnel, Ridge, LWL) for the study site based on results from Figure 3 suggesting net infiltration above MSL and net exfiltration below MSL. Zones for HWL and LWL were linearly extended or reduced beyond the boundaries of the study site (black box) to cover the entire area between mean high water (+1.37 m ASL) and mean low water (−1.37 m ASL). Infiltration rates outside the black box were partially measured due to a shift in HWL during sampling.
In order to extrapolate the point measurements to the entire study area mapped by the scans, the respective zones (HWL, Runnel, Ridge, LWL) were allocated in all topography scans (Figure 5, Supplementary Figure S8). This was done based on results from Figure 3 suggesting net infiltration above MSL and net exfiltration below MSL. Zones for HWL and LWL were linearly extended or reduced to cover the entire area between mean high water (+1.37 m ASL) and mean low water (−1.37 m ASL).
Spatial Extrapolation of Exchange Rates
Figure 6A shows the areal size in m2 normalized to 1 m shoreline of the respective in- and exfiltration zones based on all scan results (Supplementary Figure 8), in the following referred to as “zone length” in m.
[image: Figure 6]FIGURE 6 | (A) Areal variation of respective in- and exfiltration zone (HWL, Runnel, Ridge, LWL) in the intertidal zone normalized to 1 m shoreline for sampling campaigns March (1) 2017, March (2) 2017, May 2017, August 2017, and February 2018 based on Supplementary Figure S8. Green squares indicate model results. (B) Variation of measured exchange rates within respective in- and exfiltration zone (HWL, Runnel, Ridge, LWL) in the intertidal zone. Positive rates indicate infiltration, negative rates exfiltration, respectively. Green squares indicate model results. Black dots are values that are more than 1.5 times the interquartile range away from the top or bottom of the box. Red line indicates median of boxplot. Number of statistics (n) is given above.
Whereas the zone length of HWL and LWL varied between ∼30 and ∼70 m, and ∼50 and ∼95 m respectively, the size of the runnel and ridge zones fluctuated between 35 and 50 m, and 15 and 40 m, respectively (Figure 6A).
Subsequently, the areal size was multiplied with all the rates measured (Figure 6B) to get an idea on the volumes of in- and exfiltrating water along 1 m of shoreline for each in- or exfiltration zone. Note that the number of measurements is significantly different for each zone.
Figure 7 shows that the variation of water volumes circulating through the intertidal zone was relatively high. Especially at the HWL, the total infiltration fluxes ranged between almost zero and 35 m3 per day and m shoreline. Most of the rates were measured at the HWL, i.e., not equally distributed over the entire infiltration zone. Single point measurements below the HWL suggested the infiltration rates to decrease toward topographical lower laying beach areas (Figure 3). Thus, it is possible that the extrapolation of point measurements to the entire zone leads to an overestimation of inflow. The total infiltration into the ridge is indicated to be generally lower compared to the HWL, with a total infiltration of maximum 20 m3 per day and m shoreline. Total exfiltration within the intertidal zone consists of up to −1.9 m3 per day and m shoreline into the runnel and −13 m3 per day and m shoreline at the LWL.
[image: Figure 7]FIGURE 7 | Total in- and outflow within the in- and exfiltration zones at the northern beach of Spiekeroog (intertidal zone) for 1m shoreline. For total water budgeting, fresh groundwater flux (estimated with 0.75 m3 per day and meter of shoreline from Beck et al. (2017)) has to be considered as additional proportion infiltration. Green squares indicate results from models water budget (Grünenbaum et al., 2020). Red dots are values that are more than 1.5 times the interquartile range away from the top or bottom of the box. Red line indicates median of boxplot. Number of statistics (n) is given above.
These results suggest that total infiltration (∼12 m3 per day and m shoreline) exceeds total exfiltration (∼4.5 m3 per day and m shoreline). This is the case for both field measurements and the numerical simulation (In: 6 m3 per day and m shoreline/Out: −5.5 m3 per day and m shoreline), with modeling limited to the intertidal zone. During field work, the terrestrial groundwater flux was not determined as an inflow component. If it is considered as an additional inflow proportion of approximately 0.75 m3 per day and m shoreline (Beck et al., 2017) as partially done in the simulations from Grünenbaum et al. (2020), the discrepancy between total in- and outflow is even larger. One explanation could be possible overestimation of total infiltration in the infiltration zone around the HWL, as discussed above. Another reason for the difference could be that the subtidal area below the LWL was neither investigated by flux measurements in the field nor considered within areal extrapolation, while model results suggest that a proportion of the water discharges below the LWL (Grünenbaum et al., 2020).
To assess the relevance of SGD on a larger scale, water fluxes determined at the northern beach of Spiekeroog were assumed to be representative for the beaches of all barrier islands, which are facing the open North Sea and are connected to a freshwater lens. Measured rates were extrapolated to the entire East Frisian barrier island chain from Borkum to Wangerooge (∼56 km) based on previous estimations from Beck et al. (2017). In comparison to medium runoff from the rivers Weser, Elbe and Ems into the German Bright, which is about 1,200 m3 per second (Becker et al., 1999), the SGD proportion (fresh and salty) from the East Frisian barrier island chain is up to 0.8% of the riverine discharge. The median SGD proportion is even lower (0.2%) and matches water budget calculations (0.3%) based on the numerical simulation from Grünenbaum et al. (2020).
Method Applicability and Limitations at a High Energy Beach
In general, the exchange rates measured by the different techniques at the study site agreed reasonably well. Problems arise from the temporal variations of rates over a tidal cycle, up-scaling, the sampling dates that were not consistent between methods and especially the high-energy setting itself. The latter aggravates the use of commonly applied methods, e.g., seepage meter measurements over longer time scales and requires assumptions regarding the rates’ temporal development.
Direct Measurements
Lysimeters
The results suggest that the use of lysimeters to determine unsaturated infiltration in high-energy settings for a limited timeframe is suitable. In sufficiently thick unsaturated beach zones, they are easy to install and (after a reasonable adaption time of ∼1 day) resistant to the wave dynamics that periodically occur at the sampling site. The lysimeters were able to cover a range of infiltration rates between 0.001 and almost 0.6 m day−1, whereas replica measurements at the same location provided reliable results (Mean Absolute Deviation of ∼0.005 m day−1). In order to resolve the temporal development during a tidal cycle, the lysimeters should be equipped with pressure transducers as done in Heiss et al. (2014) in future studies. Difficulties arise from the continuous sediment relocation at high energy beaches resulting in an uncontrolled shrinkage or growth of the unsaturated zone within days to weeks and burial of equipment. This means that long-term measurements of unsaturated infiltration are impeded at high energy beaches.
Seepage Meters
Seepage meters provided overall comparable (saturated) infiltration and exfiltration rates from HWL to LWL between replica measurements. Nevertheless, applicability in the field was difficult due to weather and wind conditions. Indeed, seepage meter measurements could not be conducted during all campaigns, because the attached plastic bags were influenced by stronger wave activity, which was reported in previous studies (e.g., Libelo and MacIntyre, 1994; Burnett et al., 2006). Wave activity and resulting equipment loss prevent longer adaptation times to the field site. As a result, only measurements over short times (hours) could be conducted, which does likely not lead to unrealistic fluxes, but inhibits further chemical investigations of the collected (exfiltrating) water, e.g., to determine the salinity, because the water under the seepage meter is not completely exchanged yet. For the study site, automatic seepage meters equipped with flow meters, as done in terrestrial studies (e.g., Krupa et al., 1998), would be more appropriate in order to collect long-term information over several tidal cycle. To stabilize the position of seepage meter and protect it for flipping in the waves, it should be additionally weighted down.
Indirect Measurements
At the study site, the flow field in the intertidal zone appears to be rather complicated considering the effect of tidal pumping, a strong wave-set up, and a changing beach topography (Waska et al., 2019 or Supplementary Figure S8). Indirect methods using radon residence times and temperature profiles complement direct volumetric methods but rely on a set of assumptions (e. g., steady state, respective flow conditions). Assumptions and related problems are discussed below.
222Rn in Pore Waters
The infiltration rates obtained by the 222Rn tracer approach are in good agreement to those of lysimeters, temperature sensors, and seepage meters. Most radon derived infiltration rates were lower than respective lysimeter infiltration rates and higher than those derived from temperature sensors or seepage meters (Figure 3).
Infiltration rates were obtained by fitting a linear regression function to pore water residence times derived from distinct 222Rn pore water measurements. Sediment inhomogeneity, i.e. a non-uniform distribution of sediment-bound 226Ra or varying grain sizes and mixing of water masses of different ages or salinity will affect the 222Rn distribution within the sediment and have been identified as major constraints for the applicability of this method (Tamborski et al., 2017). Furthermore, 226Ra accumulation is likely regulated by the presence of manganese (hydr)oxides (Dulaiova et al., 2008). Therefore, active manganese cycling within the sediment body may cause a non-uniform distribution of sediment bound 226Ra. Beck et al. (2017) reported rather small variations in grain size for the Spiekeroog study site, with however some carbonate shell layers affecting sediment permeability, porosity, and pore water flow conditions. Generally, as sediment bound 226Ra is the source of pore water radon, smaller grain sizes would lead to a higher specific surface and finally to a higher radon emanation to pore waters. Nonetheless, beach sediments from Spiekeroog Island are redistributed by erosion and sedimentation, e.g., on seasonal timescales (Flemming and Davis, 1994; Waska et al., 2019). Thus, pronounced redox-driven Mn oxide enrichments are unlikely and the overall effect of sediment inhomogeneity on calculated residence times and infiltration rates is suggested to be rather small for Spiekeroog sediments. Additionally, the pore water receives an integrated 222Rn signal of the sediment through which it has traveled. This may further compensate small scale sediment heterogeneities. Radon evasion across the saturated-unsaturated sediment interface, as reported by Colbert et al. (2008), might be of minor importance for the rate calculations at Spiekeroog because 222Rn samples extracted from the temporally unsaturated part of the sediment do not show a significant radon deficit compared to samples from permanently saturated sediments.
In general, the restriction to a small ingrowth period of 0.5–7 days (Tamborski et al., 2017) limits the applicability of this method to zones of seawater infiltration (HWL, Ridge) at the Spiekeroog study site. If background activities in seawater are low, the lower restriction derives from detection limits of 222Rn. This limit may be lowered by increasing the analytical sensitivity, for example by increasing sample volumes, detector size or reducing air volumes. However, the upper limit derives from the theoretical temporal evolution of 222Rn (Eq. 1), which asymptotically approaches the equilibrium activity [image: image]. As a consequence, model uncertainties are amplified, when 222Rn activities are close to [image: image], producing large errors in residence times (Supplementary Figure S3).
In this study, the equilibrium activity [image: image] was approximated by sampling deep pore water from a representative exfiltration site. This is in contrast to other studies, which determined the equilibrium activity experimentally (Goodridge and Melack, 2014; Colbert et al., 2008; Tamborski et al., 2017). This approach was chosen as the hydrogeological setting is well known (Beck et al., 2017; Grünenbaum et al., 2020) and experimental approaches are often influenced by artefacts as they require an accurate imitation of natural conditions in the laboratory. However, a limitation of our method is that the equilibrium activity [image: image] was only determined once and not for each sampling event separately, although intertidal pore water temperatures are highly variable throughout the year (Waska et al., 2019). [image: image] was determined based on analyses in September (summer), when pore waters were comparably warm. However, we are not able to assess any seasonal effects based on our dataset.
Temperature Sensors (1D-Heat Transport Solution)
The use of temperature as a tracer in the coastal zone is limited, but it offers a useful addition to other tracer methods as it can quantify infiltration and exfiltration in saturated sediments, is cheap to measure directly in the field, and is ubiquitous in natural systems. Taniguchi et al. (2003) used temperature profiles to estimate vertical groundwater fluxes in the Cockburn sound (Australia) using the 1D steady state and non-steady state models while Tirado-Conde et al. (2019) recently compared exchange fluxes using the steady state temperature model and direct seepage meter measurements at a calm lagoon of the North Sea coast in Denmark. In the later study fluxes based on temperature measurements better matched seepage meter values in areas with a higher proportion of freshwater discharge than in areas dominated by recirculating seawater. This was explained by the complexity of the flow field in zones of circulating seawater, which is not limited to one dimension. The temperature profiles from the site studied here (Figure 2) show that temperature sensors can clearly delineate upwelling warm groundwater during winter in the runnel and LWL as well as locations with either low SGD flux or infiltrating conditions. This qualitative pattern in temperature profiles can be used as an additional tool to rapidly screen a field site for potential SGD and submarine groundwater recharge areas and relate this to the site morphology. This could assist in an optimized sampling strategy for detailed and time-consuming method such as seepage meters. This SGD mapping approach becomes especially important for highly dynamic environments, where the sampling at the LWL is often difficult and prior planning is required. As previous studies have suggested already (Röper et al., 2014; Tirado-Conde et al., 2019), a large difference between seawater temperature and exfiltrating groundwater is necessary in order to distinguish between the different endmembers and set realistic boundary conditions. This generally occurs either in summer- or wintertime. Winter is preferred due to the low to moderate diurnal oscillations in sea water temperature, which makes the use of steady-state models more applicable. While the SGD fluxes calculated using the temperature lances are similar to the other methods, more work is needed to better understand how the assumptions of 1D heat transport and steady-state conditions influence the results. These are clearly a strong simplification, as flow and transport at such a highly dynamic beach site is in reality both transient and 3-dimensional. Despite this temperature offers a currently underutilized tracer in the coastal zone and with further refinement is likely to assist in quantifying SGD rates in the future (Kurylyk and Irvine 2019).
CONCLUSION AND OUTLOOK
This study provides insights into the spatial variability of exchange rates within a STE in a meso-tidal, highly dynamic environment. It is one of a few studies that presents a multiple-method approach with direct (lysimeter, seepage meter) and indirect measurements (radon and temperature as tracer) as well as a numerical model in order to determine in- and exfiltration rates across all seasons to give a general idea about the range of fluxes occurring at a high energy beach.
The results suggest the existence of two exfiltration areas (Runnel, LWL) and two infiltration areas (HWL, Ridge) in the intertidal zone of the respective northern beach of Spiekeroog Island, which were induced by beach topography. Predominantly infiltrating conditions were found above MSL and mostly exfiltrating conditions below MSL. Infiltration rates at the HWL covered the highest range and varied between 0.001 and 0.61 m day−1. Exfiltration rates generally fluctuated around −0.1 m day1. The exchange rates measured by different methods were over all comparable. This was a promising finding as some of the techniques have rarely been applied in coastal aquifers or were found to be error-prone in dynamic environments.
An analysis of spatially and temporally highly resolved exchange rates at a high-energy beach has so far not been conducted and is certainly challenging. Yet, flow and transport patterns can be expected to be highly transient, as are likely the in- and exfiltration rates. To conduct continuous measurements would hence be a valuable yet elaborate task for future investigations.
Topographic information in combination with measured exchange rates showed a significant movement of influx and efflux zones within the intertidal zone over time. Thereby, not only the location but also the extensions of the zones varied, which in turn influenced the up-scaling of total in- or outflow. Extrapolated total SGD fluxes into the southern North Sea from the East Frisian barrier island chain contribute to terrestrial runoff with less than 1%.
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To quantify submarine groundwater discharge, we developed an inexpensive automated seepage meter that applies a tracer injection and the computation of the mean residence time. The SGD-MRT is designed to measure a wide range of discharge rates from about 30 to 800 cm³/min and allows minimizing backpressures caused by pipe friction or flow sensors. By modifying the inner volume of the flow-through unit, the range of measurement is adjustable to lower or higher discharge rates. For process control and data acquisition, an Arduino controller board is used. In addition, components like temperature, conductivity, and pressure sensors or pumps extend the scope of the seepage meter. During field tests in the Wadden Sea, covering tidal cycles, discharge rates of more than 700 cm³/min were released from sand boils. Based on the measured discharge rates and numerical integration of the time series data, a water volume of about 400 dm3 with a seawater content of less than 12% was released from the sand boil within 7 h.
Keywords: submarine groundwater discharge, sand boil, residence time, sgd, coastal zone, fluid flow, arduino
INTRODUCTION
The release of fresh or brackish waters from sediments, karst channels, or pockmarks into bottom waters has been reported for numerous coastal regions, river beds, or lakes (Zektzer et al., 1973; Lee, 1977; Bokuniewicz, 1980; Cherkauer and McBride, 1988; Moore, 1996; Burnett et al., 2003; Rosenberry, 2008; Judd and Hovland 2009; Povinec et al., 2012). Submarine groundwater discharge (SGD) flows through the pore space of sediments or along fluid conduits such as karst structures. The relevance of SGD for the transport and release of nutrients, trace elements or gases such as methane or radon from sediments into the groundwater of coastal regions or lakes has already been emphasized by Johannes (1980), Zimmermann et al. (1985), Shaw and Prepas (1990), Simmons (1992) and Bugna et al. (1996).
In order to quantify fluid discharge from the seafloor, the calculation of radon or radium budgets in the water column, pore water studies, different types of flow sensors, or seepage meters are applied (Taniguchi and Fukuo, 1993; Vanek 1993; Moore, 1999; Burnett et al., 2006; Rocha et al., 2009; Santos et al., 2009).
According to the broad range of flow rates, different sediment types, or modes of fluid transport like the dispersed flow-through permeable sediments or the focused flow along conduits, various methods and flow sensors are used to quantify fluid discharge (Sholkovitz et al., 2003; Martin et al., 2004; Schlüter et al., 2004; Seeberg-Elverfeldt et al., 2005; Koopmans and Berg, 2011; Solomon et al., 2020). Overviews of different types of flow meters for quantifying fluid discharge from sediments are provided by Taniguchi et al. (2019), Rosenberry et al. (2020), and Duque et al. (2020).
Most of these flow sensors primarily develop to quantify volume flows of fluids in technical or industrial applications such as domestic water treatment, food industry, process engineering, or the chemical industry. For such applications, mechanical or electronic feedback loops are used to regulate pressure changes and flow rates caused by narrow cross-sections or bottlenecks within flow meters, pipes, or valves.
In contrast to confined flow, under free surface flow conditions such as SGD, the flow patterns and flow lines in porous sediments or karst structures can change when the backpressure exceeds certain thresholds. This might cause shifts in flow lines and changes in discharge rates. Such effects have been demonstrated – for example – by Murdoch and Kelly (2003) and Cable et al. (2006).
We observed the effect of backpressure on measured discharge rates while using a Lee-type chamber (L 30 × W 30 × H 12 cm) equipped with an impeller flow sensor on the Sahlenburg mudflat (Figure 1A). About 2 h after the deployment of the seepage meter, the fluid discharge at the sampling site significantly decreased, and a new discharge site with intensive fluid release built up about 40 cm aside from the primary discharge site (Figure 1B). The relocation of the subsurface water transport from B1 to B2 and the formation of a new active sand boil mainly result from the backpressure created by the impeller flow sensor deployed at site B1. This observation underlines the need to minimize flow resistance when measuring fluid discharges from sediments.
[image: Figure 1]FIGURE 1 | Study area (A) in the Elbe-Wester estuary in the southeastern North Sea, where groundwater discharge is observed in numerous places in the Sahlenburg mudflat (A1). (https://nibis.lbeg.de/cardomap3/?TH=534). (B). The effect of backpressure created during the deployment of a seepage meter at a discharge site with an intense release of fluids. A Lee-type chamber equipped with an impeller flow sensor was installed at location B1. About 2 hours after the seepage meter was installed at B1, the backpressure caused by the Lee-type chamber (not shown) caused the fluid discharge to gradually decrease. At the same time, a new active discharge site (B2) formed about 40 cm from site B1.
A method for quantifying discharge rates that minimizes the drawbacks of flow resistances caused by technical restrictions like narrowing cross-sections inside of tube connectors or orifices inside of flow sensors is the computation of the mean residence time (MRT). The MRT computation was developed in the 1950s by Danckwerts (1953), Levenspiel (1999), and others. The MRT computation is widely used in chemical transport and reaction engineering to optimize the contact time of chemical components to produce substances (Fogler, 2006). In hydrogeology or environmental technology, MRT calculations are used to quantify groundwater flow rates or renewal rates or quantify the amount of undesirable substances entering rivers or lakes (Clark, 1996).
To quantify the MRT, an inert tracer is injected into a chemical reactor or flow-through unit (FTU), and the concentration-time function of the tracer is recorded at the outflow of the FTU. Based on this data, the integral of the amount of tracer injected into the FTU is calculated, and the cumulative residence time distribution and the volume flow of the fluid are quantified. Detailed information and examples for calculating the MRT and the volume flow are provided by Fogler (2006) and Clark (1996).
MATERIALS AND METHODS
The SGD-MRT seepage meter is of modular design and applies components like conductivity probes, pressure or temperature sensors, or inexpensive positive displacement pumps applied for model making. Arduino controller boards and sensors are used for process control, data acquisition, or data storage. The list of the electronic components applied for the SGD-MRT is part of the Supplementary Material.
Materials
Figure 2 shows the front view of the SGD-MRT seepage meter designed for deployments on mudflats or shallow water regions (< 10 m water depth). The components of the SGD-MRT are mounted inside a rack built from standard strut profiles, which allows a flexible and extensible design of the seepage meter.
[image: Figure 2]FIGURE 2 | Front view of the SGD-MRT: 1. Flow-through unit (FTU), 2 a, b. Conductivity probe at the inflow and outflow of the FTU, 3. Circulation pump to stir fluids inside the FTU, 4. Tracer injection unit (TIU), 5. Three-way tube connector for injection of the saline solution into the FTU, 6. Flexible bag (300 ml) filled with saline water applied for the tracer injection into the FTU. The carrier frame size is L 45 × W 45 × H 18 cm with a weight of about 8 kg.
The main components of the SGD-MRT are the flow-through unit (FTU), conductivity probes (CP), a circulation pump, tracer injection unit (TIU), Arduino controller board, battery pack, and a flexible water bag holding a volume of about 300 ml saline water applied for the tracer injection. A Lee-type chamber collects the fluid discharge from the seabed and connects to the inlet of the FTU via a flexible hose.
One of the central components of the SGD-MRT meter is the FTU (Figures 2, 3), which comprises elastic PVC tubing (ID 50 mm, length 110 mm) and endcaps made from a standard size Delrin rod, which forms the inlet and outlet of the FTU. We installed three-way tube connectors inside each end cap to mound the conductivity probes. The end caps fit into the PVC tubing and can be fixed by pipe clamps. For mixing the fluid inside the FTU, holes (ID 6 mm) were drilled into the PVC pipe and connected by hose to a circulation pump (Figure 3). By shifting the Delrin end caps inside or outside, the inner volume of the FTU for measurements of lower and higher fluid discharge rates can be adjusted.
[image: Figure 3]FIGURE 3 | Flow-through unit equipped with conductivity probes CP1 and CP2 at the inflow and outflow of the FTU. The water volume inside the FTU is continuously mixed by the circulation pump (1). The TIU (2) injects the saline tracer into the mixing unit (3) to determine the MRT and quantify the fluid discharge rate. The measuring range of the SGD-MRT is adjustable by sliding the Delrin end caps (A) inwards or outwards of the elastic PVC tube (B).
To quantify the conductivity within the inflow and the outflow of the FTU, conductivity probes are used. We decided on a cell constant of K 1.0 and an electronic unit (Atlas Scientific), combining the conductivity probe with the Arduino controller board. The list of components is part of the Supplementary Material.
The TIU – triggered by the Arduino controller – injects a small volume (6 ml) of the sodium chloride solution stored in an elastic storage bag into the FTU (Figure 4). For injection of the tracer, an inexpensive positive displacement gear pump applies (e.g., ModelCraft™). The volumetric flow rate of the gear pump was calibrated in the lab using a laboratory balance and weighing of the water volume pumped for time intervals of 5, 10, or 20 s. For additional quality control, an impeller flow sensor is installed inside the TIU to quantify the saline tracer volume injected into the FTU. We used this procedure as an additional quality control, as the amount of tracer injected is determined during the calculation of the mean residence time.
[image: Figure 4]FIGURE 4 | Diagram (A) and image (B) of the tracer injection unit (TIU, L 10 × W 10 × H 6 cm). The components of the TIU are 1. a flexible bag filled with the saline solution, 2. gear pump, 3. flow sensor, 4. pinch valve, 5. tracer injection port to the FTU, and 6. cable connector to the Arduino controller.
The components of the TIU reside inside an electric junction box (L 10 × W 10 × H 6 cm), used in households for outdoor electricity cables, for example (Figure 4). We applied such housings for deployments down to 10 m water depths.
Figure 5 shows the schematic wiring diagram and electronic components of the SGD-MRT. The Arduino mega board applies for process control of the SGD-MRT, data acquisition, or data storage. Additional sensors or actuators can extend the controller board. Specific information about the deployment schedule – i.e., the start and end time, the delay time between measurement cycles, and acquired data – are stored on the SD card part of the Arduino controller board.
[image: Figure 5]FIGURE 5 | Wiring diagram and electronic components of the SGD-MRT. The list of electronic components and the Arduino shields is part of the Supplementary Material.
Process Flow
Beginning with the deployment of the SGD-MRT at the discharge site, the data acquisition starts according to the schedule stored on the Arduino controller board. During the deployment, the conductivity of the fluid at the inlet and outlet of the FTU, the conductivity of the seawater, the hydraulic pressure, or the temperature in the benthic chamber are measured and stored on the SD card. Furthermore, three self-recording Schlumberger CTD divers and temperature probes are installed inside and outside the Lee-type chamber for data acquisition and additional quality control.
In addition to sensors and electronic circuits required to quantify discharge rates, components such as differential pressure gauges (range from 0 to 5 m), temperature sensors, or conductivity probes connect to the Arduino controller board of the SGD-MRT (Figure 5). For example, a conductivity probe is mounted at the bottom of the carrier frame to detect the beginning and end of the inundation of the mudflat.
Triggered by the Arduino controller, a measurement cycle begins with the injection of the saline solution (6 cm³) into the FTU, continuously mixed by a centrifugal pump (Figure 6). The TIU is used for this purpose. The conductivity at the inlet and outlet of the FTU, the time stamp, and additional data are measured every second and stored on the SD card.
[image: Figure 6]FIGURE 6 | Schematic diagram of the process flow: 1a, b. Conductivity probe at inflow (CP1) and outflow (CP2) of the FTU, 2. Flow-through unit (FTU), 3. Circulating pump, 4. Three-way tube connector for tracer injection by the TIU, 5. Flexible bag holding the tracer solution, 6. Gear pump, 7. Impeller flowmeter, and 8. Pinch valve.
RESULTS
Laboratory Tests
The suitability of the SGD-MRT for quantifying the volumetric flow of submarine groundwater discharge was tested first in the laboratory. For this purpose, we applied a simplified constant head tank (Graebel, 2001) to assess the relationship between the volume flow-through the FTU and the computed MRT.
The constant head tank is built from a water drain pipe (L 150 cm, OD 11 cm), available in hardware stores. The pipe is mounted vertically on the laboratory bench and sealed at the lower end of the pipe with an end cap. About 5 cm above the lower end cap of the drainpipe, we installed a pipe connector to couple the drainpipe with the inlet of the FTU and the SGD-MRT by a hose. Above the hose connector, at a vertical distance of 5 cm, we drilled a set of holes (ID 6 mm) with a vertical distance of 5 cm into the drainpipe, which rubber plugs can seal.
To achieve a constant hydraulic pressure and volume flow, we installed the drainpipe vertically on the laboratory bench, closed the boreholes with rubber stoppers up to the desired water level, and filled the pipe continuously from above with water from the tap. The water volume flowing into the drainpipe is slightly higher than the water volume leaving the drainpipe at the bottom. The excess water flows out of the open borehole located above those closed by rubber plugs into the laboratory sink. In this way, we created constant volume flows unaffected by pressure fluctuations caused by other faucets in the laboratory. Furthermore, this procedure mimics the free flow mode of fluid discharge.
For quality control of measurements, the lower outlet of the drain pipe connects to the inlet of the FTU by a hose, and the volume flow leaving the FTU is quantified by the SGD-MRT and by application of a volumetric flask and stopwatch. Through this practice, the volume flow of water is measured simultaneously by two independent methods.
Figure 7 shows an example of the relation between the volumetric flow (υ [cm³/s]) measured by the volumetric cylinder and by the MRT (tm [s]) computed by the SGD-MRT. For example, volume flows of about 80 cm³/min to 780 cm³/min are created by the drainpipe and related to the MRTs of the injected tracer of about 18–90 s (Figure 7). The correlation coefficient and the repeatability of the measurement – indicated by error bars – confirm the suitability of the SGD-MRT to quantify fluid discharge from sediments. We applied these tests as independent validation for the MRT suitability for quantification of volume flows. It should be mentioned that regression analysis is not obligatory for calculating volume flows by the SGD-MRT.
[image: Figure 7]FIGURE 7 | Relationship between the volume flow (υ [cm³/min]) and the mean residence time (tm [s]) quantified by the SGD-MRT. The comparison is considered an independent validation of the mean residence time suitability to quantify volume flows.
On-Site Measurements of Fluid Discharge
For the on-site assessment of the SGD-MRT, we deployed the device on the Sahlenburg mudflat on the Elbe-Weser estuary in the southeastern North Sea (Figure 1). This study region is characterized by SGD, extending over an area of at least 1.3 × 4.2 km. Discharge rates of more than 400 cm³/min were measured by Lee-type chambers equipped with flexible sampling bags or impeller flowmeters (Kurtz, 2004; Scharf, 2008; Bartsch, 2009).
For on-site measurements, we selected a discharge site located at the GPS position 53°51′10 ''/8°34′56, and flagged it with a pole for later revisiting this site. At this site, the SGD-MRT was deployed on March 23, 2016 (Sahl#1), for about 6:40 h and June 4, 2016 (Sahl#2), for about 8:20 h. During the deployments, the fluid discharge rates were recorded based on a sampling rate of 6 min.
At the beginning of the time series measurement Sahl#l (Figure 8), the seepage meter measured discharge rates of about 460–500 cm³/min for a period of 96 min during low tide (9:18–10:54). In the following period (10:54–11:24), before inundation reaches the sampling site, a considerable increase of volume flow from about 500 cm³/min to 690 cm³/min within 35 min is observed.
[image: Figure 8]FIGURE 8 | Time series data at Sahl#1 of fluid discharge rates (cm³/min) and hydraulic head (cm) measured by the SGD-MRT and the salinity inside the benthic chamber (c1, 2.3 mS/cm) recorded by a CDT diver. The data frames A and B compare discharge rates measured by the SGD-MRT and the flexible sampling bags. Frame C compares discharge rates located aside from the main location. Conventional Lee-type seepage meter measurements are indicated by a grey circle with an error bar. The period of the inundation of the discharge site is indicated by inun.starts and inun.ends.
During the inundation (11:24–13:06), detected by the conductivity probe mounted at the bottom of the carrier frame, discharge rates decrease from about 690 cm³/min to 310 cm³/min within 95 min. With the beginning of the ebb tide (13:06–14:48), a considerable increase in discharge rates from 310 cm³/min to more than 760 cm³/min in about 100 min is recorded. Subsequently, with the end of the inundation (14:48–15:54), discharge rates lowered to about 420 cm³/min, a value comparable to the discharge rate measured at the beginning of the time series measurement (Figure 8).
For comparison purposes, we measured discharge rates at Sahl#1 at the beginning and end of the time series applying the SGD-MRT and flexible sampling bags (Figure 8, frame A and B). This reveals the close comparability of measured volume flows. Additionally, we relocated the Lee-type chamber to a different discharge site in the vicinity, about 5 m aside, of position Sahl#1 to measure discharge rates by the SGD-MRT and flexible sampling bags (Figure 8, frame C). The error bars in frames A, B, and C shows the spread of discharge rates measured by flexible sampling bags. This spread is partially caused by the manual unmounting of the SGD-MRT and mounting of flexible bags. Besides pressure fluctuations, the manual handling close to the discharge sites could cause short-term fluctuations of fluid release, which might cause scatter.
We revisited the discharge site for an additional time series study (Figure 9) on June 4, 2016 (Sahl#2). At low tide, at the beginning of the measurement (9:30–10:36), the SGD-MRT recorded flow rates of about 350 cm³/min. Subsequently, during the transition from low tide to flood tide and inundation of the SGD-MRT, a significant increase of fluid discharges from about 350 cm³/min to 660 cm³/min was observed (10:36–11:12). During the flood tide (11:12–13:42), the water level rose from about 10 to 74 cm, and discharge rates decreased from about 610 cm³/min to less than 70 cm³/min. With the beginning ebb tide, the discharge rate increased to more than 700 cm³/min within 70 min (13:42–15:54). At the end of the inundation, the fluid discharge lowered and reached a value of approximately 400 cm³/min (15:54–17:12). In the following period (17:12–18:00), discharge rates were close to those recorded at the beginning of the deployment.
[image: Figure 9]FIGURE 9 | Time series data (Sahl#2) of fluid discharge rates (cm³/min), and the hydraulic head (cm) measured by the SGD-MRT and the salinity inside the benthic chamber (c1: 2.9 mS/cm, c2: 5.2 mS/cm) recorded by a CDT diver. In data frames A and B, discharge rates measured with the SGD-MRT and flexible sampling bags compare conventional Lee-type seepage meter measurements indicated by a grey circle with an error bar. The period of the inundation of the discharge site is marked by inun.starts and inun.ends.
For comparison purposes, the outflow rates were quantified with the SGD-MRT and flexible sampling bags at the beginning and at the end of the time series measurement (Figures 8, 9). Due to the uncoupling and coupling of the flexible bags to the Lee-Type chamber, counter pressures influence the discharge of fluid from the sand boil. Despite these effects, the measurements with flexible bags are close to the discharge rates that were quantified by the time-series measurements of the SGD-MRT.
During the period of 15:45–16:15, the tidal height at the discharge site rose to 74 cm, and the salinity measured by the CTD diver mounted in the benthic chamber increased from approximately 2.9 mS/cm to 5.2 mS/cm and back to 2.9 mS as at the beginning of the ebb (Figure 9). The slight increase in salinity in the Lee-Type chamber indicates a small volume of bottom water entering the benthic chamber along with the FTU.
DISCUSSION
The main driving forces for the release of groundwater from sediments are hydraulic pressure gradients between the landward aquifer and the intertidal zone or pressure fluctuations caused by tidal cycles. The pressure-driven transport of fluids occurs as a dispersed flow through the pore space of unconsolidated sediment or as conduit flow along pipe-like transport pathways. The latter could cause the formation of boils, discharge sites with intensive release of fluids, or sand boils (Figure 1B), areas with an intensive discharge of fluids and washing out of fine-grained particles into bottom waters (Kolb, 1976; Bardet and Kapuskar, 1991; Holzer and Clark, 1993; Li et al., 1996; de Louw et al., 2010; Sassa and Takagawa, 2018). Despite the number of sand boils observed on land or in shallow waters of coastal regions, lakes, or rivers, it appears that discharge rates are rarely quantified to the best of our knowledge.
Sand boils (Figure 1B), sites with an intensive fluid discharge are observed in coastal waters, lakes, dams, or polders (de Louw et al., 2010). For example, for landward saline sand boils on a Polder region in the Netherlands, discharge rates of 500–1,000 dm3/day were quantified by hydrogeological techniques (de Louw et al., 2010; Pauw et al., 2012). In contrast to the onshore sand boils, almost fresh water released from sand boils on the Sahlenburg Mudflat with discharge rates of more.
To account for the broad range of fluid discharges with volume flows of less than 5 cm³/min to more than 20 cm³/min and different transport modes like the dispersed or the conduit transport of fluids, numerous techniques have been developed. For the quantification of fluid releases of less than 5 cm³/min, for example, techniques such as pore water analysis of chloride profiles and calculation of advection rates or methods such as heat pulse injection or dye displacement methods are in use (Vanek, 1993; Schlüter et al., 2004; Seeberg-Elverfeldt et al., 2005; Taniguchi et al., 2007; Koopmans and Berg, 2011; Taniguchi et al., 2019). Quantifying discharge rates of more than 20 cm³/min, mainly seepage meters are used, comprising a Lee-type chamber and a flexible sampling bag or an automated, self-recording flow sensor. This includes impeller-based flow meters or techniques such as the heat pulse injection, or dye dilution method.
Both the automated dye-dilution based seepage meter and the SGD-MRT apply a tracer injection method, suitable for quantification of discharge rates of more than 60 cm³/min. For the dye dilution method, an exponential curve fitting routine is required to determine the flow rates based on the absorption measurements recorded by the underwater photometer. Furthermore, concentration of the dye solution needs to be adjusted according to the volume of the dye-mixing chamber to provide a strong initial absorbance signal for the dyed solution without exceeding the linear response (Beer’s Law) range of the photometer.
In contrast to most other tracer injection methods, we apply the computation of the Mean Residence Time for quantifying flow rates. A specific flow sensor is not required for this purpose, instead, the concentration-time distribution of the electric conductivity measured at the outflow of the FTU is recorded and analyzed. By this means, the total amount of tracer injected is quantified by numerical integration. This allows analyzing the concentration-time distribution over the entire sampling period in order to quantify the mean residence time and volume flow of fluids.
For the data derived from deployments Sahl#1 and Sahl#2, we calculated the total amount of water released from the discharge by numerical integration of the measured flow rates. Considering the time-series record of Sahl#1, about 400 dm³ of water was released from the discharge site within 6:30 h. At Sahl#2 a water volume of about 360 dm³ was released over a period of 8:30 h. On a daily basis, this suggests an SGD volume of more than 700 dm³/day released from a discharge site. For groundwater management in coastal regions, boils and sand boils seem to be efficient transport routes between land and sea, which can change the direction of flow depending on the hydraulic pressure conditions.
Process Control and Data Acquisition
Applying the MRT, a designated flow sensor is not required for quantifying discharge rates. Instead, the combination of FTU, tracer injection, conductivity probes, Arduino controller, and the software builds the measuring unit. In addition to these components, differential pressure sensors, temperature probes, or conductivity probes are installed inside the benthic chamber or on the carrier frame and connected to the controller unit (Figure 5). These components are used for additional quality control or to extend the scope of the SGD-MRT. Due to this design, the measuring range, the sampling rate, or other settings could be adjusted.
The Arduino controller runs the source code – which is part of the Supplementary Material – and manages the process control, data acquisition, or data storage. The sampling rate and other settings could be modified by editing the ini-file stored on the SD card. Furthermore, actuators like an injection pump, differential pressure sensors, temperature probes, or conductivity probes are installed inside the benthic chamber or on the carrier frame and connected to the controller board. By this means, the tidal height, conductivity of fluids, or temperature inside the Lee-type chamber, bottom water, or sediment are recorded. For the time series recording of the tracer concentration at the outflow of the FTU and calculation of the discharge rates, the conductivity in the inlet and outlet of the FTU is measured every second.
Due to the modular concept and the comparatively inexpensive electronic components, Arduino microcontrollers are applied in numerous applications and fields spanning the arts to science or industry. In contrast to terrestrial environmental studies, Arduino or similar microcontrollers seem to have only been used for a few studies on marine or limnology research. An example is the development-inexpensive Arduino-based CDT probe for studies in coastal waters (Lockridge, 2016). Due to the large community of users applying Arduino boards, the modular concept, and the comparatively inexpensive electronic components, these microcontrollers can be easily expanded with SD memory cards, motor controllers, peristaltic pumps for water sampling, or sensors for numerous applications.
The estimated system costs for the SGD-MRT – excluding the CDT diver, pressure housings, and underwater cables – might be about 1,500 €. A re-design concerning the number of pressure housings or cables is feasible (Figure 5).
Seawater Fresh Water Ratio
On sampling date Sahl#1, applying a CDT diver, a conductivity of about 2.1 mS/cm was recorded for fluids inside the benthic chamber, and a conductivity of 28.5 mS/cm was recorded for the bottom water aside from the benthic chamber. According to the conductivity ratio calculated, the released fluids comprise more than 93% fresh water.
During the field trials on Sahl#2, the CDT diver mounted at the bottom of the carrier frame recorded a conductivity of 27 mS/cm. Inside the benthic chamber, a conductivity of 2.5 mS/cm was measured for the periods from 9:30 to 12:50 and from 14:30 to 18:00 (Figure 9). In the time interval from 12:50 to 14:30, when the hydraulic head exceeded 74 cm, conductivity inside the benthic chamber increased from 2.5 mS/cm to 5.2 mS/cm, indicating a low input of seawater into the benthic chamber. Based on the internal volume of the benthic chamber of around 9 dm³, a seawater conductivity of 27 mS/cm, and the increase in conductivity inside the benthic chamber from 2.5 to 5.0 mS/cm, the estimated input of seawater into the benthic chamber results in approximately 1.2 dm³.
The time series data of fluid discharge was interrupted at Sahl#2 on 12:50 at a discharge rate of 97 cm³/min and continued from 14:40 at a flow rate of about 195 cm³/min. During this period, the conductivity inside the benthic chamber – measured by the CTD diver – increased from 2.7 mS/cm to 5.1 mS/cm at 14:00 and levels back to the initial conductivity at 14:40 (Figure 9). In the following, the measurement of discharge rates steadily continued. As indicated by the slight increase of conductivity of 2.4 mS/cm, related to the bottom water conductivity of 25 mS/cm, only a small volume of seawater might intrude into the benthic chamber.
For more detailed considerations about the data gap, the conductivities measured every second at the inlet and outlet of the FTU were investigated. During the time interval of the data gap, the fluid conductivity inside the FTU varies in a bell-shape mode, from 2.7 mS/cm at 12:50 to 12.2 mS/cm at 13:45 and back to 2.7 mS/cm at 14:45. The increase of conductivity is caused by the TIU, injecting the saline tracer into the FTU every 6 min. Due to the nearly stagnant flow conditions inside the FTU, the conductivity increases and masks the saline tracer and conductivity inside the FTU. With the restart of the fluid discharge from the discharge site, the FTU flushed, and the measurement of discharge rates continue. By modifying the Arduino source code, for example, by adding a feedback loop, this situation can be avoided.
Fluid Discharge From Sand Boils
Sand boils are observed offshore and landward in rivers, lakes, water reservoirs, harbor areas, or low-lying coastal regions. For example, at landward, at polders along the Dutch coastline, numerous sand boils with intense fluid discharge are observed (de Louw et al., 2010). In this region, saline waters with an average chloride concentration of 1,100 mg/L are released from the landward sand boil, and discharge rates of 500–1,000 dm³/day are reported.
For the Sahlenburg mudflat, we computed the total volume of water released from the discharge site by numerical integration of the measured flow rates. At the date Sahl#1, a water volume of 400 dm³ was released from the discharge site within 6:30 h, and during a period of 8:30 h a water volume of 360 dm³ was released from Sahl#2. On a daily basis, this suggests a SGD of more than 700 dm³/day. Regarding groundwater management in coastal regions, sand boils seem to be efficient transport routes between land and sea, which can change the direction of flow according to the hydraulic pressure conditions.
CONCLUSION
The motivation for developing SGD-MRT was our demand for an inexpensive and extensible seepage meter suitable for recording time series data of fluid discharge from sand boils. Previous attempts to quantify discharge rates of more than 200 cm³ were only partially successful. Systems like the scalable SGD-MRT, with a measuring range of up to 700 cm³/min, might support such objectives.
The modular structure of the SGD-MRT and the use of microcontrollers such as the Arduino offers numerous possibilities for additional applications. In particular, the studies on fluid transport along sand boils connecting the land and coastal waters could support local studies on groundwater management in coastal areas.
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The dependence of near-shore ecosystems on the freshwater component of submarine groundwater discharge (SFGD) is well recognized. Previous studies of SFGD have typically assumed that SFGD occurs through aquitards that are in direct contact with seawater. These studies provide no guidance on the distribution of freshwater discharge to the seafloor where SFGD occurs through sandy sediments, even though in most situations, seabed sediments are permeable. We find that SFGD may occur in unconfined, seafloor sediments as density-driven flow in the form of fingers, or otherwise, diffusive freshwater discharge is also possible. Unstable, buoyancy-driven flow within seabed sediments follows similar patterns (except inverted) to the downward free convection of unstable (dense over less-dense groundwater) situations. Consequently, the same theoretical controlling factors as those developed for downward mixed-convective flow are expected to apply. Although, there are important differences, in particular the boundary conditions, between subsea freshwater-seawater interactions and previous mixed-convective problems. Simplified numerical experiments in SEAWAT indicate that the behavior of fresh buoyant plumes depends on the aquifer lower boundary, which in turn controls the rate and pattern of SFGD to the seafloor. This article provides an important initial step in the understanding of SFGD behavior in regions of sandy seafloor sediments and analyses for the first time the mixed-convective processes that occur when freshwater rises into an otherwise saline groundwater body.
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INTRODUCTION

Subsea fresh groundwater discharge (SFGD) is the release of freshwater from seafloor sediments, and has been identified as an important means to transport dissolved nutrients to the ocean, thereby having a significant influence on marine ecology and benthic organisms (e.g., Johannes, 1980; Moore, 1999). Knowledge of the salinity patterns in subsea sediments is important for several reasons, including for the understanding of benthic ecosystems in regions of SFGD, and for the design of SFGD measurement approaches. The distribution of groundwater discharge to the sea depends on the characteristics of geological formations. Fresh groundwater discharge to intertidal zones is often associated with unconfined aquifers, whereas SFGD, occurring beyond the intertidal zone, typically requires low-permeability confining units that act to limit freshwater-seawater mixing that would otherwise occur near the shoreline (e.g., Jiao et al., 2015; Michael et al., 2016). Predictions of the extent of subsea fresh groundwater typically assume that the low-permeability layers that preserve freshwater and allow SFGD to occur are in direct contact with seawater (e.g., Kooi and Groen, 2001; Bakker et al., 2017; Solórzano-Rivas and Werner, 2018; Werner and Robinson, 2018; Solórzano-Rivas et al., 2019). However, the seafloor more often comprises high-permeability sediments (>50% of the global shelf sediments have high permeability; Riedl et al., 1972). Yet, this configuration has not been widely considered in studies of SFGD.

The occurrence of freshwater in high-permeability sediments overlain by seawater, as occurs when SFGD passes through permeable seafloor sediments, creates a mixed-convective condition. That is, flow processes are expected to be controlled by both buoyancy-driven flow (i.e., free convection) driven by water density differences and hydraulic-driven flow (i.e., forced convection) arising from groundwater heads in subsea sediments that exceed those of the sea. Thus, solute distributions in subsea aquifers may resemble those of other mixed-convective situations. However, studies of mixed-convective or free-convective processes where buoyancy is created by salinity gradients usually involve descending plumes of higher-density fluid that contaminate underlying lower-density groundwater (e.g., Webster et al., 1996; Smith and Turner, 2001; Stevens et al., 2009; Xie et al., 2011). Conversely, the upward movement of lower-density groundwater (e.g., as expected to arise during SFGD) is rarely explored in the solute transport context, although upward, buoyancy-driven groundwater flow has received significant attention in the field of heat transport and geothermal phenomena. For example, Kurylyk et al. (2018) utilized temperature-based methods to quantify submarine groundwater fluxes in seafloor sediments offshore of eastern Canada. However, their study suggested that the flow patterns inferred from seafloor temperature-depth profiles appear to be influenced by both density-driven and geothermal processes.

Perhaps the most pertinent prior investigation of mixed-convective transport accompanying SFGD is that of Moore and Wilson (2005), who were perhaps the first to recognize that SFGD may be driven by upward buoyancy forces. Based on temperature measurements of subsea groundwater (1.5 m below the seabed), Moore and Wilson (2005) interpreted that a sudden drop in the ocean temperature produced upward motion of warmer (i.e., less dense) groundwater to the ocean. However, previous research offers little guidance on the characteristics of free-convective or mixed-convective flow within seafloor sediments. In particular, whether mixed-convective flow within seafloor sediments can be characterized according to buoyancy theory developed for other unstable, solute transport conditions (e.g., leading to downward-moving fingers of higher density; e.g., Wooding et al., 1997) is unclear. This includes the application of several dimensionless variables that are used to categorize mixed-convective problems (e.g., Wooding et al., 1997; Simmons et al., 2010). Additionally, to our knowledge, no quantitative evaluation of mixed convection driven by the upward movement of lower-salinity groundwater has been reported in the literature. Rather, upward convection of lower-density groundwater has only been explored where buoyancy is created by temperature gradients (e.g., Irvine et al., 2015).

The aim of this study is to undertake a review of the existing buoyant theory, including non-dimensional numbers used to characterize mixed-convective flow, and explore whether this theory can be applied to SFGD through high-permeability seafloor sediments. A small number of highly idealized numerical simulations are used to provide an initial demonstration of freshwater-seawater mixing accompanying the rise of fresh buoyant plumes through permeable seafloor sediments. We expect that the upward movement of less-dense groundwater will show similar, albeit inverted, characteristics (e.g., buoyancy-driven fingers of freshwater) to the downward movement of more dense saltwater that has been comprehensively assessed in numerous prior investigations.



CONCEPTUAL MODEL

Two hypothetical conceptual models of SFGD are considered, both of which involve freshwater-seawater mixing within high-permeability, seabed sediments, as shown in Figure 1. Model A represents the situation where the seafloor sediments are underlain by a higher-permeability freshwater source, whereas Model B involves underlying sediments of lower permeability (i.e., an aquitard). The former is intended to reflect the situation of SFGD where an underlying aquifer sub-crops to the seafloor and is overlain by sand, while the latter represents SFGD passing through a leaky aquitard into more permeable seafloor sediments.
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FIGURE 1. Two conceptual models of a subsea unconfined aquifer subject to SFGD. Blue is freshwater, and purple is seawater. Model A (left) involves sandy sediments overlying a subcropping, higher-permeability aquifer, and Model B represents an aquitard overlain by sand.


An important unknown for the conceptual models considered here is the distribution of freshwater within the seafloor sediments. While Figure 1 shows buoyant freshwater plumes that take the shape of fingers, similar to classic unstable flow patterns for downward free convection, freshwater-seawater mixing may alternatively be dominated by dispersive process (at least theoretically), leading to different salinity patterns to those represented in Figure 1. Most field studies of SFGD adopt methods that assume that SFGD occurs in a distributed form (i.e., presuming dispersive freshwater-seawater mixing in seafloor sediments), with devices located on the seafloor (i.e., seepage meters) in regular grid patterns (e.g., Taniguchi et al., 2003; Michael et al., 2005; Kurylyk et al., 2018). However, the buoyant freshwater plumes that are hypothesized here (Figure 1) may require alternative measurement strategies. For example, the spacing between, and size of, freshwater plumes, should they occur, may influence the deployment of seepage meters.

Although freshwater plumes within seafloor sediments are expected to behave similarly to the well-studied downward-moving saltwater plumes of prior studies (e.g., Xie et al., 2011), there are important differences between the conceptual model of Figure 1 and previous analyses of downward-moving plumes. Consider for example, the Elder problem (e.g., Elder et al., 2017), which was transformed to free-convective solute motion by Voss and Souza (1987), and is a common benchmarking problem for assessing numerical models. Various modifications of the Elder problem have occurred to explore other aspects of free convection problems. For example, Xie et al. (2010) introduced mechanical dispersion and changed the lower boundary condition to represent more realistic conditions, similar to the approach of Post and Kooi (2003). The conceptual model applied to SFGD (Figure 1) is, conceptually at least, an “inverse” of the solute-based Elder problem, where the aquifer is initially seawater-filled and a source of constant freshwater is introduced at the bottom boundary. The initial seawater conditions in the aquifer allow for the transience of salinization to be observed. However, the boundary conditions differ to those of the Elder problem to improve the representation of the expected SFGD process. That is, specified-head boundaries are imposed at the top (seawater) and the bottom (freshwater), whereas the Elder problem uses no-flow boundary conditions at all edges and specified hydraulic heads at the top corners (e.g., Guo and Langevin, 2002). Thus, the behavior of SFGD within seafloor sediments, under the conditions presented in Figure 1, cannot be inferred from previous studies. Further details of numerical models are provided in section “Numerical Simulation of SFGD.”



REVIEW OF MIXED-DENSITY NON-DIMENSIONAL NUMBERS APPLICABLE TO SFGD THROUGH SEAFLOOR SANDY SEDIMENTS

The characterization of buoyancy-induced flow associated with unstable systems has been the subject of extensive research. One the most common non-dimensional numbers applied for this purpose is the Rayleigh number (Ra) (e.g., Simmons et al., 2010). Ra is the ratio between buoyancy forces (inducing instabilities in the form of solute fingers) and dispersion forces (tending to resist the formation of unstable solute fingers). When freshwater and seawater interact, Ra can be defined as (e.g., Post and Kooi, 2003):
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where K is the aquifer hydraulic conductivity (L T–1), Δρ is the difference between the seawater (ρs) and freshwater (ρf) densities (M L–3), H is the aquifer thickness (L), and D is hydrodynamic dispersion (L2 T–1). D is equal to the sum of molecular diffusion [D0, (L2 T–1)] and mechanical dispersion, which is often simplified to αLvL, where αL is the longitudinal dispersivity (L) and vL the advective flow velocity (L T–1) (i.e., transverse dispersivity, αT, is often neglected).

There are several alternative Ra formulations that have been reported in the literature. For example, some studies have presumed that D consists only of D0, with mechanical dispersion neglected (e.g., Post and Kooi, 2003; Stevens et al., 2009; Simmons et al., 2010; Xie et al., 2011). These cases involve only free convection, i.e., hydraulic-driven convection is not considered. Alternative expressions for Ra have been developed for mixed-convection processes. For example, in mixed- convective problems examined by Simmons and Narayan (1997) and Smith and Turner (2001), both mechanical dispersion and molecular diffusion were included in their definitions of D. However, Simmons and Narayan (1997) adopted αT and Smith and Turner (2001) adopted αL in defining D. This study adopts the Smith and Turner (2001) definition of D.

The value of Ra has been used to predict the occurrence of unstable solute motion, typically in the form of solute fingers (e.g., Wooding et al., 1997). The critical Ra is defined as the threshold value at which buoyancy forces overcome dispersion forces that inhibit finger formation. This threshold value differs depending on conditions in which free convection occurs. For example, in the case of free convection in hydrogeological settings, Stevens et al. (2009) and Moore and Wilson (2005) refer to the critical Ra of 4π2 (i.e., for the appearance of solute fingers) reported by Lapwood (1948) for temperature gradients in porous media. However, alternative critical Ra values are offered by other authors for free convection problems. According to van Reeuwijk et al. (2009), the historical incongruency in critical Ra estimates is related to such aspects as the numerical approach, governing equations, and slight differences in the initial conditions. They suggest that the critical Ra for free convection involving solutes is zero (in other words, solute fingers form without the need for a “dispersive boundary layer”; see below).

Applications of Ra theory to mixed-convective processes include the study of Simmons and Narayan (1997), who imposed linearly varying hydraulic heads across the top boundary, to induce lateral flow (i.e., flow parallel to the solute source boundary). The transverse dispersion created by this lateral flow was incorporated into the stabilizing dispersive force in assessing the critical Ra. By incorporating αTvL in D, Simmons and Narayan (1997) include forced convection (i.e., vL) in the definition of Ra. They found that the critical Ra ranged between 300 and 500 under these conditions. Smith and Turner (2001) considered a somewhat similar situation to that of Simmons and Narayan (1997), except fresh groundwater discharged to the upper solute boundary condition (i.e., the estuary) in Smith and Turner’s (2001) analysis of estuary-aquifer interaction. They obtained a critical Ra value of 5 for the onset of finger development. Solórzano-Rivas and Werner (2018) adopted the Smith and Turner (2001) formulation for the analysis of freshwater discharge through subsea aquifers, and found a critical Ra of about 2 for the salinization of submarine aquitards overlying fresh offshore aquifers. The application of Ra to mixed-convection problems introduces challenges in establishing general values for the critical Ra, given differences in the representation of forced convection in defining Ra across the abovementioned studies.

Wooding et al. (1997) analyzed the development of boundary layers within mixed-convective flow systems (i.e., where freshwater flows upwards towards a saltwater boundary). They derived an expression for the steady-state boundary layer thickness, δ (L), defined as the thickness of solute formed (by dispersion) in the presence of upward freshwater flow, qz (L T–1), as:
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Wooding et al. (1997) combined Equations 1 and 2, by equating H to δ (i.e., conceptually, this is the case where the boundary layer encompasses the entire aquifer thickness), to define a boundary-layer Rayleigh number, Raδ, namely:
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The thickness of δ that leads to the onset of unstable solute fingers defines the critical Raδ. Wooding et al. (1997) undertook laboratory experiments using a Hele-Shaw cell to determine the critical Raδ, including different rates of lateral inflow at the right boundary and vertical outflow to the top, and using various inclination angles of the cell. They also performed numerical experiments that reproduced the two-dimensional flow and solute transport behavior observed in the Hele-Shaw experiment. From the laboratory and numerical experiments, they found Raδ values between 8.9 and 9.8, concluding that a good estimate for the critical Raδ is approximately 10.

Another widely used non-dimensional parameter for the characterization of mixed-convective processes is the mixed convection ratio (M). M describes the relationship between buoyancy-driven forces and hydraulic-driven forces as (e.g., Simmons et al., 2010):
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where [image: image] (-) is the hydraulic gradient over a distance Δl. An alternative expression for M, through substitution of Darcy’s Law, is given by Smith (2004), as:
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By combining Equations 2 and 3, it is apparent that Raδ and the formulation for M given in Equation 5 are the same, i.e., M = Raδ. Surprisingly, this has not been reported previously to the authors’ knowledge. The implications of this are that critical values for Raδ also apply to M. However, there is no evidence that the equilibrium value of M = 1 suggested by Simmons et al. (2010) (whereby if M is larger than 1 the problem is said to be free-convection dominated, and forced convection is thought to be the dominant process if M is less than 1) has application in terms of Raδ. That is, Raδ = 1 has not been reported as a significant value previously. It follows that the onset of instabilities is not predictable through comparison of free and forced convective forces (i.e., through the use of M), as expected given the role that dispersion plays in instability initiation. Nevertheless, Stevens et al. (2009) applied M to the assessment of the occurrence of unstable solute fingering processes that accompany free convection on Padre Island (United States). The site experiences intense evaporation rates and shallow water table conditions, creating large density gradients and low horizontal hydraulic gradients. They found values of M, based on application of Equation 4, that were much larger than 1 (i.e., by one and two orders of magnitude), although numerical values of M were not reported. Stevens et al. (2009) interpreted unstable flow structures from resistivity surveys, although these were difficult to conclusively establish. Thus, the application of M to the prediction of unstable fingering remains unproven.



NUMERICAL SIMULATION OF SFGD

Here, the conceptual models illustrated in Figure 1 are adopted, except the situation is assessed whereby the sandy seafloor sediments are presumed to be originally filled with seawater. Numerical modeling, using SEAWAT (governing equations are found in Guo and Langevin, 2002; not repeated here for brevity), was used to assess two simple situations of SFGD through sandy seafloor sediments. The two cases (Models A and B; see Figure 2) involve contrasting mixed-convective forces arising from the inclusion or omission of an underlying aquitard. This is reflected in the corresponding values of Ra and Raδ, which are reported for each case and compared to previously reported critical values (Wooding et al., 1997; Smith and Turner, 2001) in section “Review of Mixed-Density Non-dimensional Numbers Applicable to SFGD Through Seafloor Sandy Sediments.” The calculation of Ra and M for Model B does not include the aquitard thickness (i.e., only H is regarded as per the Equation 1 definition).
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FIGURE 2. Conceptual models for the numerical implementation of SFGD through an unconfined subsea aquifer, where the left side shows sandy sediments overlying a subcropping, higher-permeability aquifer, and Model B represents an aquitard overlain by sand. Red and blue represent seawater and freshwater boundary conditions, respectively. The equivalent freshwater head at the base of the aquifer, when the aquifer is seawater-filled (i.e., the initial condition), is shown as hf.


Figure 2 is a simplified section showing two possible configurations of a subsea aquifer subjected to SFGD, which is homogeneous, isotropic, and of length L (L) and thickness H (L). The upper boundary represents seawater immediately above the seafloor, simulated by a high hydraulic conductivity (i.e., 100,000 m/d) and a specified-head condition equal to zs, assigned to the top row of the model. SEAWAT converts zs to a constant pressure (Langevin et al., 2008) reflecting the column of overlying seawater, of density ρs. The solute concentration condition in this top layer depends on the flow direction, whereby seawater concentration (i.e., solute concentration = 1) was assigned to any inflowing water, whereas discharge to the sea occurs at the ambient groundwater concentration. This type of solute concentration condition avoids salt accumulation at the boundary in an unrealistic manner (i.e., upstream dispersion; Irvine et al., 2021) and is consistent with the approach of Solórzano-Rivas and Werner (2018). The lower freshwater boundary condition differs between Models A and B. In Model A, the lower boundary reflects a situation where an underlying layer of higher permeability occurs, containing freshwater. That is, there is no restriction to the entry of freshwater through the lower boundary of Model A, represented by a specified-head condition equal to hf, which was converted to a constant pressure (by SEAWAT) based on a water density of ρf, as shown in Figure 2. In Model B, the lower boundary is composed of lower-permeability sediments (i.e., reflecting aquitard material) of thickness HL, with the specified head hf imposed on the bottom row of the model (i.e., the base of the aquitard). The solute concentration of the lower boundary for both Models A and B was set to freshwater (i.e., solute concentration = 0), although this depends on the flow direction in a similar manner to the upper boundary.

No-flow boundaries on the left and right edges of the model domain reflect mostly vertical flow processes. Post et al. (2007) and Langevin et al. (2008) offer the following formulation for vertical flow, qz, under mixed-density conditions:
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where ρa is the average density between ρs and ρf (M L–3) and [image: image] is the hydraulic gradient (in terms of equivalent freshwater heads) over a distance Δl.

The aquifer is assumed to be initially full of seawater but is underlain by a fresh groundwater source. The lower boundary head of both models is chosen so that the initial condition is hydraulically stable, primarily to reflect the free-convective situation (i.e., neglecting forced convection) that occurs in the Elder problem and its many variants, thereby providing opportunities to compare upward buoyancy-driven flow to the downward movement of solute fingers observed by others (e.g., Xie et al., 2011). That is, the hydraulic head of the fresh groundwater source is equal to the equivalent freshwater head, hf, at the bottom of aquifer (at the beginning of each scenario). Considering an initial seawater hydrostatic condition, hf is given by [image: image] (where zs and za are defined in Figure 2). Consequently, the only forces driving flow (initially) are buoyancy forces, because the hydraulic gradient is initially zero. Thus, at the beginning of the scenarios, Equation 6 reduces to:
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Equation 7 is usually referred to as the convective velocity (e.g., Simmons et al., 2010). Vertical flow velocities in the numerical model, from the initial time-step, were found to be consistent with Equation 7 (results not shown for brevity).

Although the initial condition is a free convective condition, density changes due to the introduction of freshwater through the lower boundary create head gradients that induce boundary inflows, and the system becomes mixed convective. This differs to the free convection Elder problem, which is bounded by no-flow conditions, including the upper salt source boundary. Thus, although our situation is initially free convective, the situation becomes mixed convective during the course of simulations.

The model is a two-dimensional domain represented by a finite-difference grid of uniform discretization, both vertically and horizontally, of Δz = Δx = 0.1 m. Three cases are evaluated for each model (i.e., a total of six numerical simulations) to briefly explore the role of dispersion in the mixed-convective processes associated with SFGD through the seafloor sediments, namely a Base Case with αL = 0.1 m, Case 1 with αL = 0.5 m, and Case 2 with αL = 1 m. These values fall within the range of “moderate” and “high” reliability values recommended by Zech et al. (2015). Other parameters used in all three cases for Model A are: {H, L, za, zs, hf, K, ρf, ρs, D0, αL/αT, ε} = {50 m, 100 m, 80 m, 160 m, 162 m, 2.5 m/d, 1000 kg/m3, 1025 kg/m3, 8.64 × 10–5 m2/d, 10, 0.2}, where ε (-) is effective porosity. The three cases of Model B differ to those of Model A in that Ka is 0.001 m/d and HL is 1 m. The parameters adopted here correspond to typical, field-scale values used in other SFGD-related studies (e.g., Knight et al., 2018; Solórzano-Rivas and Werner, 2018). Timescales for numerical models to reach steady state or quasi-steady state conditions differed between Models A and B, as shown in section “Results and Discussion.” Consequently, Model A was simulated for 5 years and Model B for 100 years. Timescales for freshwater to reach the seafloor depend on the velocities of rise of buoyant freshwater fingers. We adopted the tip of the highest buoyant finger (HBF) to characterize mixed convective velocities (assuming time-constant velocities) in a similar way to the approach of Xie et al. (2011). The tip was defined by the 0.85 isochlor (i.e., 85% of seawater concentration).



RESULTS AND DISCUSSION


The Influence of the Lower Boundary

Figures 3–5 show simulations results from the Base Case, Case 1, and Case 2, respectively. Each figure presents the results of Model A (i.e., where no aquitard is included; left column) and Model B (i.e., where an aquitard underlies the aquifer; right column) at different times. The bottom row in all three figures represents the steady-state conditions, which in the case of Model B is a dynamic equilibrium, also referred to as quasi-steady sate. That is, the Model B distribution of SFGD within seafloor sediments is temporally unstable, involving finger patterns that change in time.


[image: image]

FIGURE 3. Salinity distributions in seafloor sediments obtained from simulations of the Base Case (i.e., αL = 0.1 m; αT = 0.01 m) of Model A (left column) and Model B (right column) at various simulation times. Concentration values represent the relative seawater concentration, where 0 and 1 are freshwater and seawater, respectively. The bottom left subplot depicts steady state results, while the bottom right subplot shows a quasi-steady state salinity distribution. (a) 29.3 days; (b) 102.4 days; (c) 292.3 days; (d) 781.7 days; (e) 150.2 days; (f) 1095.9 days; (g) 2191.9 days; (h) 9131.4 days.
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FIGURE 4. Salinity distributions in seafloor sediments obtained from simulations of Case 1 (i.e., αL = 0.5 m; αT = 0.05 m) of Model A (left column) and Model B (right column) at various simulation times. Concentration values represent the relative seawater concentration, where 0 and 1 are freshwater and seawater, respectively. The bottom left subplot depicts steady-state results, while the bottom right subplot shows a quasi-steady state salinity distribution. (a) 29.3 days; (b) 102.4 days; (c) 292.3 days; (d) 800 days; (e) 150.2 days; (f) 1095.9 days; (g) 2191.9 days; (h) 9131.4 days.
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FIGURE 5. Salinity distribution in seafloor sediments obtained from simulations of Case 2 (i.e., αL = 1 m; αT = 0.1 m) of Model A (left column) and Model B (right column) at various simulation times. Concentration values represent the relative seawater concentration, where 0 and 1 are freshwater and seawater, respectively. The bottom left subplot depicts steady-state results, while the bottom right subplot shows a quasi-steady state salinity distribution. (a) 29.3 days; (b) 102.4 days; (c) 292.3 days; (d) 916.9 days; (e) 150.2 days; (f) 1095.9 days; (g) 2191.9 days; (h) 9131.4 days.


Figures 3–5 highlight substantial differences in mixed-convective processes caused by the existence (or not) of a leaky aquitard below the subsea aquifer. The most important difference between Models A and B, in the context of SFGD characteristics, is that unstable solute patterns persist under quasi-steady state in Model B, whereas in Model A, the flow instabilities are temporary, and the system reaches a steady state condition in which the aquifer is completely fresh. The occurrence of the leaky aquitard creates other important differences in mixed convective processes. For example, freshwater fingers produced from Model A are fresher, for fingers of a comparable height, to those produced by Model B (e.g., Figures 3c,g). This leads to sharper freshwater-saltwater interfaces in Model A results. The timescales for the rise of buoyant fingers also differ between Models A and B. For example, the time to obtain freshwater fingers of a roughly similar height differs substantially, as evident in the timing of 292.3 days for Figure 4c (Model A) and 2191.9 days for Figure 4g (Model B). Thus, the lower aquitard in Model B significantly restricts finger speeds, which is an intuitive outcome. HBF in Model A for the Base Case, Case 1, and Case 2 reaches elevations of 119.15, 110.95, and 110.75 m in Figures 3c, 4c, 5c, respectively. These represent average finger speeds of 48.9, 38.7, and 38.4 m/year. Lower velocities are produced in all three cases of Model B. That is, HBF heights were 129.85, 127.15, and 120.95 m in Figures 3g, 4g, 5g, leading to velocities of 8.31, 7.86, and 6.82 m/year, respectively. There is evidence of boundary effects in Model A, associated with the vertical no-flow boundaries, that was also observed by Xie et al. (2011). Greater velocities of fingers adjacent to no-flow boundaries are attributed to the absence of the host fluid (i.e., seawater) moving in the opposite direction to the buoyant fingers, which is otherwise expected to retard the finger upwelling speed. For that reason, fingers adjacent to vertical boundaries were neglected in assessing HBF speeds.

According to Xie et al. (2011), the theoretical velocity of fingers is 13.1 m/year, based on (△ρK/ρfε)×f, where f (0.115) is the Xie et al. (2011) corrective factor to the theoretical convective velocity (i.e., the ratio between Equation 7 and ε). Interestingly, the Xie et al. (2011) corrected convective velocity, which neglects the leaky layer in Model B, is closer to the results in Model B (i.e., 8.31, 7.86, and 6.82 m/year), compared to the finger velocities in Model A (i.e., 48.9, 38.7, and 38.4 m/year). However, finger velocities in Model A could be better predicted applying values of f that fall within the range of corrective factors proposed by Post and Kooi (2003) and Wooding (1969) (i.e., 0.22 and 0.446, respectively).

Figure 6 illustrates the temporal variability in total solute mass within model domains, for the six scenarios considered in this study. The fluctuations in total mass in Model B are caused by mixed-convective instabilities, which persist as quasi-steady state conditions, as discussed above. The time for Model A to reach steady-state conditions (approximately 2 years) is much less than the time required for Model B to reach quasi-steady state conditions (approximately 10 years). This is consistent with the difference between buoyant fingering speeds found in Models A and B, as discussed above. The larger velocities in Model A (e.g., 48.9 m/year, 38.7 m/year, and 38.4 m/d in Figures 3c, 4c, 5c) led shorter timescales to reach steady state compared to Model B, in which velocities were 8.31, 7.86, and 6.82 m/year (Figures 3g, 4g, 5g).


[image: image]

FIGURE 6. Numerical model results of total solute mass with time. (A,D) Base Case (i.e., αL = 0.1 m; αT = 0.01 m); (B,E) Case 1 (i.e., αL = 0.5 m; αT = 0.05 m); and (C,F) Case 2 (i.e., αL = 1 m; αT = 0.1 m). The left column represents cases of Model A and the right column represents cases of Model B.




The Influence of Dispersion

Figure 6 shows that variations in dispersion had no noticeable impact on the time required to reach steady and quasi-steady state conditions. This is consistent with the relatively small change between cases (i.e., from Base Case to Case 2) in buoyant fingering speeds, as observed also by Xie et al. (2011). The little influence of dispersion on buoyant fingering speeds is also in accordance with the definition of the theoretical convective velocity proposed by Xie et al. (2011), which neglects dispersion. While dispersion has an unimportant role in the speed of buoyant finger rise, dispersion does appear to influence the quasi-steady state buoyant fingering patterns associated with mixed-convective processes (Figures 3–5).

Figure 7 compares the three cases (i.e., Base Case, Case 1, and Case 2) of Model B, showing quasi-steady state salinity distributions in profile, and the temporal variation in SFGD solute concentration at the seafloor using a timeframe of 85 years. Subplots Figures 7a–c correspond to Figures 3h, 4h, 5h, respectively.


[image: image]

FIGURE 7. Salinity distribution in profile [subplots (a–c); top row] and temporal variation of solute concentration [subplots (d–f); bottom row] in seafloor sediments obtained from Model B simulations: Subplots are (from left to right) the Base Case, Case 1, and Case 2. Concentration values represent the relative seawater concentration, where 0 and 1 are freshwater and seawater, respectively. All subplots show a quasi-steady state salinity distribution.


Figure 7 shows that the number of fingers reaching the seafloor decreases with increasing dispersion due to the widening of fingers; a similar observation to those of Xie et al. (2011) for dense, downward-moving fingers.

The temporal and spatial variability in the salinity distribution across the sea floor have important implications for the direct measurement of SFGD. For example, the deployment and size of seepage meters (e.g., Burnett et al., 2006) in areas where mixed-convective processes occur require consideration of the spatial variability in freshwater discharge, given the irregular distributions of SFGD in Figures 3–7. Mixed-convective flow leads to regions of freshwater upwelling and seawater downwelling, and therefore, SFGD measurement methods that can detect seafloor fluxes in both directions (inflow and outflow) may assist in detecting mixed-convective phenomena. Additionally, the duration of seepage meter placement should consider the temporal variation of SFGD created by mixed convective processes. Freshwater upwelling appeared to be relatively stable over durations of days-to-weeks, but may vary substantially over longer timeframes, at least for the cases illustrated in Figure 7.

The non-dimensional parameters Ra and M were determined, using Equations 1 and 5, respectively, from the quasi-steady state results of Model B. The steady-state solution of Model A has no density gradients within the aquifer (i.e., the aquifer is freshwater-filled), and therefore, both Ra and M (and Raδ) are zero. Given that the system is forced-convection dominated, SFGD to the seafloor under the Model A conditions will be diffusive or uniformly distributed.

For the application of Equation 5 to estimate M for Model B, an average qz (across the bottom aquifer) over about 85 years of quasi-steady state conditions was used, based on the numerical results. The need to know qz in applying Equation 5 to estimate M (or Raδ), as a predictor of buoyancy-driven flow, is potentially problematic for the purposes of designing SFGD monitoring systems (e.g., deployment of seepage meters), because rates of SFGD are typically not known prior to seepage meter deployment. For example, Stevens et al. (2009) estimated M by applying Equation 4, which requires the vertical hydraulic gradient (based on localized measurements of hydraulic heads and salinities from bore data) rather than qz. Nevertheless, where mixed convective processes occur in seafloor sediments, the vertical hydraulic gradient is also difficult to ascertain considering the changes in location and temporal variations of SFGD caused by buoyancy forces. Alternative approaches to estimating qz, such as the application of geochemical tracers (e.g., Taniguchi et al., 2019), may overcome difficulties in measuring hydrogeological variables within seafloor sediments.

The steady-state value of qz is 2.9 × 10–3 m/d in the Base Case (Figure 7a), 2.9 × 10–3 m/d in Case 1 (Figure 7b), and 2.3 × 10–3 m/d in Case 2 (Figure 7c). While the values of M for the three cases of Model B vary within the same order of magnitude (i.e., 22–27), the range of values of Ra is wider (i.e., 2031, 431, and 264 for the Base Case, Case1, and Case 2, respectively). These values indicate that the flow system in Model B is free-convection dominated. That is, M > 1, and the critical values of Raδ (or M) and Ra (i.e., 10 and 5, respectively) are also exceeded, indicating that unstable solute motion is likely to occur. Therefore, the occurrence of unstable flow in the current cases are consistent with critical values proposed in the literature for downwards salinization (e.g., Wooding et al., 1997; Smith and Turner, 2001). However, further investigation is warranted to ascertain if those critical values can be generally applied to SFGD through sandy seafloor sediments.




CONCLUSION

This research highlights that the occurrence of SFGD in permeable seafloor sediments potentially involves unstable flow processes, with important implications for SFGD measurement and the understanding of seafloor ecosystems. This study provides insight into SFGD measurement approaches, since we have demonstrated that for the cases considered here, SFGD measurements through the deployment of seepage meters will depend on the placement and measurement duration of seepage meters. Predicting whether unstable flow processes occur is theoretically plausible based on our overview of the most common non-dimensional numbers (i.e., Raδ, Ra, and M) used previously to characterize mixed-convection processes in groundwater. Simplified numerical models that represent submarine aquifers settings show that SFGD can occur in the form of upward freshwater fingers, analogous to the inverse downward movement of dense solute fingers. We found that the critical values of Raδ and Ra proposed in the literature for solute convection apply to the two cases analyzed in this study, although, further investigation is needed to generalize the use of those critical values to SFGD through sandy seafloor sediments. That is, further research into SFGD through high-permeability sediments is warranted to constrain the application of non-dimensional numbers for predicting unstable conditions, given the substantial differences between stable and unstable salinity patterns and distributions of SFGD to the seafloor. The results of this study show that the pattern of SFGD through high-permeability sediments containing seawater is controlled by the lower boundary, intended to represent either an underlying aquifer or aquitard. The numerical results also showed quasi-steady temporal fluctuations in the SFGD pattern behavior, for the case involving a low-permeability layer beneath the seafloor aquifer.
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Terrestrial surface waters and submarine ground water discharge (SGD) act as a source of dissolved substances for coastal systems. Solute fluxes of SGD depend on the ground water composition and the water-solid-microbe interactions close to the sediment-water interface. Thus, this study aims to characterize and evaluate the hydrogeochemical gradients developing in the fresh-salt water mixing zone of the Wismar Bay (WB), southern Baltic Sea, Germany. Sampling campaigns covering the WB, the fresh-salt water mixing zone at the beach of the WB shoreline, terrestrial surface and ground waters near the WB as well sediments pore water were carried out. In these different waters, the distribution of dissolved inorganic carbon, nutrients, major ions, trace elements, stable isotopes (H, O, C, S), and radium isotopes have been investigated. Enhanced concentrations of radium isotopes together with dissolved manganese, barium in the surface waters of the eastern WB indicated benthic-pelagic coupling via the exchange between pore water and the water column. Salinity, stable isotopes, and major ions in sediment pore water profiles identified the presence of fresh ground water below about 40 cmbsf in the central part of the bay. Geophysical acoustic techniques revealed the local impact of anthropogenic sediment excavation, which reduced the thickness of a sediment layer between the coastal aquifer and the bottom water, causing, therefore, a ground water upward flow close to the top sediments. The fresh impacted pore water stable isotope composition (δ18O, δ2H) plot close to the regional meteoric water line indicating a relatively modern ground water source. The calculated organic matter mineralization rates and the dissolved inorganic carbon sediment-water fluxes were much higher at the fresh impacted site when compared to other unimpacted sediments. Therefore, this study reveals that different fresh water sources contribute to the water balance of WB including a SGD source.
Keywords: urbanized coastal bay, submarine ground water discharge, subterranean estuary, hydrogeochemistry, stable isotope, radium isotope, acoustic survey, Wismar Bay
INTRODUCTION
Coastal regions are great of interest because they receive water and elements from the continents. Water drains the watershed towards the sea through surface water flow like rivers, coastal lagoons, and streams. In addition, ground waters may act as a further transport route for land-derived dissolved matter via submarine ground water discharge (SGD) (e.g., Johannes, 1980; Church, 1996; Burnett et al., 2003, Burnett et al., 2006; Moore 2010; Jurasinski et al., 2018).
A combination of the enhanced material transport and high pelagic productivity in coastal regions lead to an intensive benthic biogeochemical element recycling (Jørgensen and Kasten, 2006) and steep pore water gradients of, e.g., dissolved carbon species, nutrients, and major and trace elements to surface waters. SGD has been found to contribute to the overall oceanic water and element budget (e.g., Burnett et al., 2003; Santos et al., 2012), however, processes impacting the flux and associated solutes along the land-ocean continuum are considered as one of the unsolved problems in hydrology (Blöschl et al., 2019).
In contrast to rivers, where water discharge and their compositional variations are known in sufficient resolution and precision, the quantification of SGD entering coastal waters remains a challenge (e.g., Stieglitz et al., 2008; Rodellas et al., 2012; Douglas et al., 2020; Moosdorf et al., 2021). Therefore, more studies are needed combining different techniques to understand the dynamics in SGD and its role for water and element transfer on different scales (Burnett et al., 2006; Taniguchi, et al., 2019; Moosdorf et al., 2021; Rocha et al., 2021).
Common approaches to calculate SGD fluxes often rely on measurements of dissolved constituents in riverine and nearshore fresh ground water as endmembers, and assume conservative behavior of dissolved constituents across the mixing zone (Oberdorfer et al., 1990; Burnett et al., 2008; Rodellas et al., 2015; de Souza et al., 2021). However, due to the complexity of coastal aquifer mixing zones between ground water and sea water, it is a challenge to characterize the actual composition of solutions that finally discharge to the marine bottom waters (Cerdà-Domènech et al., 2017; Bejannin et al., 2020). This challenge is fostered by biogeochemical and associated physicochemical processes (e.g., mineralization of organic matter, ionic ad/desorption, mineral dissolution/precipitation) between fresh and saline pore water within the aquifer mixing zone that may lead to substantial changes in the composition of SGD-born element fluxes (e.g., Beck et al., 2007; Donis et al., 2017). These mostly redox-dependent processes in the subterranean estuary are more pronounced than those taking place in the oxic mixing zone of surface water estuaries (e.g., Moosdorf et al., 2021).
In many coastal areas, anthropogenic interventions may impact flow conditions and water balance (Stieglitz et al., 2007; Stegmann et al., 2011). For instance, dredging of canals in coastal areas may reduce the sediment cover on top of unconfined aquifers, thereby, enhancing the discharge of SGD and associated substances (Santos et al., 2008; Macklin et al., 2014; Teatini et al., 2017), or may promote salt water intrusions into aquifers (Moore, 1996). Moreover, an enhancement of coastal ground water exchange, e.g., caused by anthropogenic activities, may lead to an indirect enhancement of dissolved nutrient and carbon loads reflecting in changes in the biogeochemistry of surface waters (Lee et al., 2009).
Coastal areas of the southern Baltic Sea (BS) offer great opportunities to investigate the role of different fresh water inputs. Besides surface water inflows, SGD has been observed, for instance, in the Eckernförde Bay in the south-western BS (Whiticar and Werner, 1981; Schlüter et al., 2004). Other studies are focusing on the Puck Bay, in the southern BS (Jankowska et al., 1994; Szymczycha et al., 2012, 2020; Kotwicki et al., 2014; Donis et al., 2017; Böttcher et al., 2021) where significant discharge has been observed. The hydrogeology in these areas differs from those in the northwestern part of the BS, where multiple submarine fresh water sources were described that are only under minor impact by human activities (Krall et al., 2017; Virtasalo et al., 2019).
In the present study, investigations were conducted in the urbanized Wismar Bay (WB), southern BS (Figure 1). During a first survey carried out in 2012 along parts of the southern BS coastline comparably higher 224Radium (224Ra) activities were observed in surface waters of the WB (Figure 2). This suggested an enhancement of benthic-pelagic coupling, likely driven by SGD, which would agree with a tentative water balance for the WB (Schafmeister and Darsow, 2004). Moreover, the semi-enclosed WB is an interesting site to investigate inputs of water and substances, since the bay is under multiple anthropogenic impacts including port activities (VSW, 2018), making it similar to other modern coastal areas.
[image: Figure 1]FIGURE 1 | Map of Baltic Sea and North Sea showing the location of the Wismar Bay (A). Southern Baltic Sea, Germany shoreline showing the location of the Wismar Bay, including the adjacent investigated areas: Meschendorf, Warnemünde and, the surface water site at open Baltic Sea waters (red dot). Map of Wismar Bay with the sampling sites: surface water (red dots), sediment cores (yellow dots), the tracks of the seismic profiles (black line). The sediment cores are labeled, and the red numbers are the locations where SGD was found. (C). Map of Wismar Bay and surrounding showing the ground water table (m), the streams discharging into the bay, and the lakes, as well as the ground water wells (cyan circles) also labeled, the sites at the western streams (orange diamond), Wallenstein stream (purple diamond), and the beach pore water sites (green triangle). The bathymetry highlighted the location of the navigation channel in the Wismar Bay. SOURCE: BSH, LUNG.
[image: Figure 2]FIGURE 2 | Map of Germany coastline from WB to Warnemünde showing the activities of 224Raex in surface water from WB until Warnemünde carried out on April 2012 (A) and 224Raex in WB from the present study (B).
We combined a multi-isotope hydrochemical approach including a geophysical characterization of sedimentary structures to improve our understanding of fresh water sources into the WB. In addition, the biogeochemical processes taking place in the top sediments were modeled and investigated to understand the impact of SGD on their release of elements. The results show that different fresh water sources exist for the WB. SGD takes place at different areas through the bay, e.g., near the coastline, and in the central part of the bay. Anthropogenic activities, such as the creation of a navigation channel may cause a connection to unconfined aquifers and, therefore, promoting the exchange of water and associated elements with the WB bottom water.
METHODS
Study Area
The north-eastern part of Germany is characterized by a generally flat topography consisting of unconsolidated glacial sediments, humid climate conditions, urbanized cities, and often agricultural land use in the catchment basin. The present study was carried out in the WB (Figure 1), which is a coastal embayment in the southern BS, separated from the open BS by two shallow banks (Prena, 1995). Sediments in the bay are composed of quaternary glaciofluvial sands and intercalated tills (Schafmeister and Darsow, 2004). Maximum water depths of 10 m are in the western part of WB where muddy sediments are found, with sedimentary organic matter of up to 10% (Prena, 1995). Sandy sediments occur in the shallower areas.
The port of the town of Wismar is located on the east side of the bay, and ship navigation to the open BS is via an about 27 km long channel (Figure 1) (VSW, 2018).
The surrounding area of WB has three, each approximately 10 m thick aquifers in glaciofluvial sands of Saalian and Weichselian ages. The uppermost and partly phreatic aquifer is separated from the deeper aquifer by up to 20 m thick glacial till layers, which locally pinch out. Hydraulic gradients of up to 0.5% are slightly steeper than reported for other NE German areas (Figure 1, Schafmeister and Darsow, 2004, Jordan and Weder, 1995; Jurasinski et al., 2018).
Based on the regional flow dynamics, ground water is entering the WB area from 3 hydraulic height maxima, situated at least 10 km away from the WB (Hennig and Hilgert, 2007). Within the catchment area (about 200 km2), a lake Mühlenteich and other small streams act as routes of surface water flow into the WB.
The Mecklenburg Western-Pomeranian mean annual ground water recharge is about 123 mm/a, estimated by Hilgert (2009) and Hennig and Hilgert (2007). In combination with a mass balance approach, this leads to a rough daily SGD estimation of 60.000 m³ to the WB (Schafmeister and Darsow, 2004). Ground water recharge rates in the western part of the WB are lower compared to the SE part (Hilgert, 2009; LUNG, 2009).
Ship and boat based fieldwork took place during the spring and summer of 2019. Meteoric water inputs to WB during this period made up 6% of the annual precipitation 548 mm - Germany Weather Station - Wismar (DWD, 2020).
No large rivers drain into WB, but streams such as the Wallenstein located in the eastern part of the coast and the Tarnewitzer on the western part contribute to the fresh water inputs. The average discharge of both streams based on 10-years data are 0.76 and 0.39 m3 s−1 respectively (Stalu-MV, 2019). In addition to these streams, smaller ones are also present, however, no hydrologic data are available for them.
Sampling Strategy
Sampling in the WB was performed using RV LITTORINA (L19-06) between 20 and 25 May, 2019. Surface water samples were collected at 47 sites spanning the whole bay (Figure 1), and additional bottom water samples at four sites (Supplementary Figure S1). For sampling in shallow waters (<5 m) a rubber boat was used (20 sites). At six sites, short sediment cores were retrieved for pore water and sediment analyses (Figure 1). The coordinates of all sites in the WB are compiled in Supplementary Table S1.
At sites exceeding water depths >3 m, CTD profiles were obtained and surface water samples (1 m) were sampled using a submersible pump. The water was pumped through a filter cartridge (1 µm pore size) into 100 L barrels. Water subsamples were taken via syringe and filtered (0.45 µm, cellulose acetate disposable filters, Carl Roth) for analyses of major and trace elements, dissolved inorganic carbon (DIC), δ13CDIC, and stable isotopes of water (δ18O and δ2H). Samples for DIC and δ13CDIC were filled without headspace into 12 ml Exetainer® tubes, previously cleaned with 2% HNO3 washed, dried, and pre-filled with 100 µl saturated HgCl2 solution. Samples for major and trace element analysis were filled into acid cleaned 2 ml reaction tubes and acidified with concentrated HNO3 to 2 vol.% and samples for δ18O and δ2H analyses were collected in 1.5 ml vials glass sealed with a PTFE-coated septum cap. All samples were stored dark and cool until further analyses.
Water samples in the barrels were pumped, using a submersible pump through manganese-coated acrylic fibers at a flow rate of 1 L min−1 to quantitatively extract radium (Ra) isotopes. The fibers were washed to remove salts and partly dried for further measurements.
Short sediment cores were collected at six different sites in the WB (Figure 1) using a Rumohr-Lot (60 cm length, inner diameter: 10 cm). For pore water sampling, Rhizons (Rhizosphere Research Products, 0.12 µm pore size (Seeberg-Elverfeldt et al., 2005)) were inserted in pre-drilled holes of the plastic liner and attached to 10 ml plastic syringes. Salinity and pH of pore waters were measured immediately after recovery using a refractometer and hand-held pH meter (Schott handylab pH meter 11—calibrated with Mettler Toledo Buffer solutions), respectively. Pore water was fixed with 5% Zn-acetate solution for later analysis of total sulphide (H2S) concentrations. Additional pore water samples were taken for major and trace elements, DIC, δ18O, and δ2H of water, and preserved and stored as described above. Parallel sediment cores were (sites 10, 11, 15, 20, and 31), sliced at 2–4 cm intervals for geochemical analyses of sediments. Sediments at site 2 were sampled on the same core after pore water extraction. Sediment aliquots were transferred into 50 ml centrifuge tubes (Sarstedt) and kept frozen (−20°C) until further preparation.
Between July and August 2019 along the shoreline pore water samples were collected at five different sites in 0.4–1.8 m depth using push-point lances (MHE products) (Figure 1). In addition, four streams draining to the WB were sampled at the mixing zone with BS water. For major and trace elements, and stable isotopes analyses using the same methods as described for surface water of WB. In addition, samples for chloride (Cl) analysis were filled into 500 ml plastic bottles. pH, conductivity, and temperature were measured in situ using Schott handylab pH 11 and Schott handylab LF 11 devices. For Ra isotope measurements, 25 L of pore water was collected using a peristaltic pump, while 60 L of stream surface waters were collected and filtered through a 25 µm filter into pre-cleaned gallon containers for further filtration through the Mn fibers.
To identify the potential impact of SGD on coastal waters a pre-survey of Ra isotope distribution in surface water was carried in April 2021 along the shoreline between WB and Warnemünde (∼50 km east of WB, Figure 3). Water samples for Ra measurements were taken at 23 sites, with 6 sites within WB and the remainder between WB and further east along the coastline (Figure 3). The sampling method is the same as described above.
[image: Figure 3]FIGURE 3 | Areal distribution of selected variables in surface waters of the Wismar Bay. Salinity (A), δ18OH2O (B), δ2HH2O (C) of water, dissolved Mn (D), DIC (E), δ 13CDIC (F), and Ba (G).
The isotope-hydrochemical composition of ground waters emerging on a nearby coastal beach (Site Meschendorf–Figure 1) was considered for comparative purposes in the discussion of this study. The sampling was conducted in the same way as for the surface water campaign in the WB and took place in September 2018.
In addition, fresh ground water samples collected from monitoring wells located adjacent to the WB are presented for comparison purposes. Ground water sampling was carried out in 2014 and followed the protocol described by Jenner (2018). The ground water well at Poel Island (Figure 1) and the ground water well 2 are located in a confined aquifer with more than 10 m of soil layer above the filter screen. The other 3 ground water wells (1, 3, and 4) are located in an unconfined aquifer with sampling depths less than 5 m below the surface (Jenner, 2018).
Geophysical acoustic investigations of the subsurface sediments were carried out from July 29th to 31st 2019 using an Innomar SES96 parametric echo sounder mounted on the IOW research catamaran Klaashahn. Seismic data were collected at three frequencies, of which only the 8 kHz dataset is presented here. Results were corrected for ship movements using a motion sensor during data acquisition. The processing of the seismic data was done using Seismic Unix, which involved threefold stacking of the data for the signal to noise ratio improvement, and application of a time-varied gain. The time-depth conversion was calculated using a constant sound velocity of 1,500 m s−1.
Analytical Methods
Water contents of the sediment samples were determined gravimetrically after freeze-drying (considering the water loss due to pore water extractions at Site 2). About 1 g of each sediment sample was pre-treated for grain size analysis by removing carbonate and organic matter using hydrochloric acid (HCl) and hydrogen peroxide, respectively to prevent the binding of the small particles. Grain size measurements in the range from 0.01 to 3.500 µm were performed using a Mastersizer 3,000 with a wet dispersion unit (Hydro EV; Malvern Panalytical). Grain size statistics (including the first mode) were calculated using the program GRADISTAT (Blott and Pye, 2001), applying the volume percentage data and a geometric graphical method modified after Folk and Ward (1957).
Freeze-dried sediments were analyzed for total carbon (TC), total nitrogen (TN), and total sulphur (TS) content with a CHNS Elemental Analyzer (Euro Vector EuroEA 3,052). The combustion was catalyzed by V2O5, the resulting gaseous products were chromatographically separated and quantified via infrared spectrophotometry. Total inorganic carbon (TIC) was determined with an Elemental Analyzer multi-EA (Analytik Jena) after reaction with phosphoric acid 40% followed infrared spectrophotometry quantification of CO2. The precision of the method were ±3, ±10, ±7.6, and ±4.3% for TC, TN, TS, and TIC respectively, using MBSS- (CNS) and OBSS-CaCO3 (TIC) as in-house standards. The content of total organic carbon (TOC) was calculated from the difference of TC and TIC. The contents of total Mercury (Hg) were analyzed using a DMA-80 analyzer with a detection limit of about 0.15 μg kg−1, as described by Leipe et al. (2013). The precision and accuracy of the measurement were ±8 and ±1.3%, respectively. The calibration was carried out with the 142R MBSS standards.
For the analysis of the acid extractable fraction of several metals (identified in the text with *) about 200 mg of freeze-dried and homogenized sediment was treated with 10 ml 0.5 M HCl agitated for 1 h (Kostka and Luther, 1994). The extracts were filtered with 0.45 µm disposable surfactant-free cellulose acetate membrane filters (Carl Roth), and analyzed by inductively coupled plasma optical emission spectrometry, ICP-OES (Thermo, iCAP, 7,400 Duo Thermo Fischer Scientific), after 10-fold dilution with 2% HNO3 using external calibration and Sc as an internal standard. The international reference material SGR-1b (USGS) revealed precision and accuracy of better than 2.1 and 3.8%, respectively (Dellwig et al., 2019).
Major ions (Na, Mg, Ca, K, S) and trace elements (Ba, Fe, Li, Mn, Sr) in the water samples were analyzed by ICP-OES using matrix-matched external calibration (diluted OSIL Atlantic Sea water standard spiked with Ba, Fe, Li, Mn, and Sr) and Sc as internal standard. Precision and accuracy were checked with spiked SLEW-3 (NRCC) and were better than 4.7 and 7.6%, respectively.
Concentrations of H2S were determined by the methylene blue method (Cline, 1969) using a Spekord 40 spectrophotometer (Analytik Jena). The chloride concentration of the water samples was determined by an electric potentiometric precipitation titration (Schott instruments), which utilizes the changing electrical potential difference of the solution by quantitative precipitation of Cl ions due to titration with 0.05 M AgNO3. Analytical accuracy was constantly checked with the international reference standard OSIL Atlantic Seawater 35.
δ13CDIC values were determined as described by Winde et al. (2014) by means of continuous-flow isotope-ratio-monitoring mass spectrometry (CF-irmMS) using a Thermo Finnigan MAT253 gas mass spectrometer attached to a Thermo Electron Gas Bench II via a Thermo Electron Conflo IV split interface. Solutions were allowed to react for at least 18 h at room temperature before introduction into the mass spectrometer. The international calibration materials IAEA Ca carbonate standard and Solnhofer Plattenkalk were used for calibration of measured isotope ratios towards the V-PDB scale. δ18O and δ2H values of water were analysed with a CRDS system (laser cavity-ring-down-spectroscopy; Picarro L2140-I; Böttcher and Schmiedinger, 2021). The reference materials SLAP and VSMOW were used for calibration of measured isotope ratios towards the V-SMOW scale. All stable isotope results are giving in the δ-notation. The given ‘‰’ values are equivalent to mUr (milli Urey; Brand and Coplen, 2012).
Ra isotopes (223Ra, t1/2 = 11.4d, and 224Ra t1/2 = 3.7d) were measured with radium-delayed coincidence counters (RaDeCC) (Moore and Arnold, 1996) within 3 days after sampling. After about a month, a further measurement was conducted for the determination of 224Ra supported by 228Th (t1/2:1.9 years), this measurement is then subtracted from the initial 224Ra to obtain the excess of 224Ra activities (224Raex). Activities of 223Ra, 224Ra, and 224Raex were calculated and the expected error of the measurement is 12 and 7% for 223Ra and 224Ra respectively (Garcia-Solsona et al., 2008). The calibration of the detectors is done once a month using 232Th with certificate activities. In this study, we do not discuss 223Ra, but the data can be found in the Supplementary Table S2.
The isotope-hydrochemical analysis of the ground water from the wells was carried out by the department of “Strahlen und Umweltschutz” at the “Landesamt für Umwelt, Naturschutz und Geologie”. As for methods used, all methods and DIN standards are given in Supplementary Table S3. The data was kindly provided by LUNG Güstrow and further details can be found at Jenner (2018).
Numerical Model
Steady-state modeling of pore water profiles was performed to assess the transport mechanism, i.e., diffusive or advective fluxes. The model further evaluates the essential geochemical reactions and the transformations rates. Net-release of a solute into the bottom water leads to positive transformation rates while net consumption results in negative transformation rates (Schultz, 2006).
Pore water sulphates (SO4) and DIC concentration profiles were computed as a function of sedimentation rate, organic matter degradation, and diffusion rates using the reactive transport model described in (Meister et al., 2013). The following general equation was used:
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where C is the concentration, t is time, ω is the sedimentation rate, z is the depth below seafloor, φ is the porosity, and D0 is the diffusion coefficients corrected by tortuosity (τ2), which was calculated according to Boudreau (1997) as τ2 = 1–2·ln φ. The mean sedimentation rate ω was taken as 2 mm yr−1 (Lampe et al., 2013) and an average porosity was taken as 0.88 derived from the sediment water content. The diffusion coefficients for SO4 and DIC were calculated as 0.0236 and 0.0257 m2 yr−1 respectively, based on the average temperature of 12°C and an average salinity of 13 (Boudreau, 1997).
Sources and sinks of SO4 and DIC are stoichiometrically coupled to rates of organic carbon decay via the following simplified reaction for organoclastic sulphate reduction:
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The organic matter decay rate RG was followed by the reactive continuum (RC) model of Boudreau and Ruddick (1991).
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where the free parameters and a ν determine the shape of the initial distribution of organic matter reactivity. The parameter a describes the average life-time of the more reactive components of the spectrum whereas ν defines the shape of the distribution. The dry density of the sediment is ρs (ρs = 2.6 g cm−3), MC is the molecular weight of carbon (MC = 12) and G0 is the initial TOC upon sedimentation (wt%). Thus, the SO4 reduction and DIC production rate can be given by 0.5RG and RG, respectively.
The isotopic composition was calculated from the measured ratios R and referred to the VPDB according to Hoefs (2018):
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The absolute concentrations of [13DIC] and [12DIC] were computed by separated reaction-transport equations (Eq. 1) for each isotope. Negligible carbon isotope fractionation was assumed during organoclastic sulphate reduction (cf. Claypool and Kaplan, 1974). Therefore, this source of inorganic carbon was assumed to show the same isotopic composition as the organic source.
Initial conditions were 0 mM SO4 and DIC at all depths. The computer domain was set to be 50 cm. The Dirichlet boundary condition was applied at both the sediment/water interface (z = 0 cm) and bottom (z = 50 cm) according to the observed data. All parameters used in the model are listed in Supplementary Table S4.
Data Presentation
The figures presenting the vertical profiles were created using Sigma Plot 10.0 software (Systat Software, Inc., United States). The concentration maps were plotted using Ocean Data View (Schlitzer, 2001). The study area map was created using the Qgis development Team.
RESULTS
Results of all chemical elements measured in the Wallenstein stream, western streams, beach pore water, fresh ground water from the wells, fresh surface water from springs in Meschendorf are listed in Table 1. To place these data in a context, the data of surface water and pore water from the WB were also compiled in this table. The parameters of these different waters were plotted against salinity to assess the behavior of the parameter along the salinity gradient and the contribution of mixing and biogeochemical processes (Supplementary Figure S2).
TABLE 1 | Average, minimum, maximum, and number of samples of the WB surface water (WB), Wallenstein stream, small streams, beach pore water (PW), ground water (GW) from the wells near Wismar, GW from a well in Poel Island, springs located close to Wismar, sediment pore water (PW). The pore waters from the beach and from Wismar were extrapolated to 1 mM Na, which is the concentrations found in the fresh ground waters, and termed as central SGD and beach SGD.
[image: Table 1]Water Composition
Surface Waters in the Wismar Bay
The salinity of the WB surface waters ranged between 11.8 and 12.5 (Figures 3A), which is in the range of previously observed (Prena, 1995). The WB water column was well mixed, showing a slight salinity increase in bottom waters at some sites (Supplementary Figure S3). All conservative elements followed expected trends by covarying with salinity.
The δ2HH2O and δ18OH2O varied between −35.7 and −39.3‰ and between −4.5 and −5.2‰, respectively. Heavier isotopic compositions were found in the sheltered eastern part of the bay, mainly near Poel Island. Towards the western part of the WB, the isotope values were lighter, but show a trend of decreasing values close to the coastline (Figures 3B,C).
In surface waters, DIC ranged from 1.5 to 1.8 mM (Figure 3E) and δ13CDIC varied between -0.5 and 1.1‰ (Figure 3F). We found a W-E trend increasing concentrations in DIC and an inverse relationship between concentrations and its stable isotope composition. Only the waters close to Poel Island showed the lowest concentrations and the highest δ13CDIC.
The concentrations of manganese (Mn) and barium (Ba) varied between 0.03 and 0.1, 0.07, and 0.1 µM, respectively, (Figure 3D,G). The eastern area was characterized by higher concentrations of Mn and Ba compared to the western parts (Figure 3E).
The activities of 224Raex ranged between 3 and 28 dpm 100 L−1 with an average of 7 L dpm 100 L−1, presenting also higher activities in the eastern area. The site located in open BS waters presented a 224Ra activity of 1.5 dpm 100 L−1 (Figure 2).
Streams
The Wallenstein stream discharges into the eastern part of the bay and showed δ18OH2O and δ2HH2O values of −4.0‰ and −33.2‰, respectively, which were heavier than the other streams in the western part of the WB. All isotopic compositions plot below Local Meteoric Water Line (LMWL) established for the southern BS at Warnemünde (Figure 4) in contrast with the results for ground waters in the WB region that fall on LMWL (Table 1; Figure 4).
[image: Figure 4]FIGURE 4 | Scatter plot of δ2HH2O versus δ18OH2O for sediment porewaters, both impacted (red diamonds) and non-impacted by SGD (green diamonds), Wismar Bay surface (black circles) and bottom (brown circles) waters, beach porewater (green triangles), streams (blue diamond), river (large dark green diamond), ground water (yellow triangle), Beach porewater extrapolated to 1 mM Na called Beach SGD (filled red triangle). The Local Meteoric Water line (LMWL) and the Baltic Sea surface water line from (Böttcher et al., 2020) are also presented.
For a general characterization, the hydrochemical composition of the investigated waters is compiled in a Piper diagram (Piper, 1944) (Figure 5). Most of the streams can be characterized as Na-Cl, and one of them as CaMg-HCO3 waters (Figure 5), with the Na-Cl type being impacted by mixing with BS water at the sampling site.
[image: Figure 5]FIGURE 5 | Piper diagram of the major ions of the Wallenstein stream and western streams (blue diamond), springs (green circle), fresh ground water (red triangle), beach porewater (purple diamond) and sea water of Wismar Bay (turquoise square), extrapolated beach porewater (beach SGD—black triangle) and porewater of site 11 (SGD—red cross) to 1 mM Na.
The western streams were enriched in DIC compared to the Wallenstein stream. The DIC concentration in the western streams reached 5.8 mM and the δ13CDIC values were around −13.2‰ whereas the Wallenstein stream had a concentration of 2.5 mM and a δ13CDIC value of 6.5‰.
The activities of 224Raex in the western streams (salinities 0.1–1.8) discharging to the western WB ranged from 7 to 24 dpm 100 L−1, which is within the range of the activities measured in the WB surface waters. The activities for the Wallenstein stream were found to be slightly higher (36 dpm 100 L−1).
Ground Water
Ground waters from the WB catchment are characterized by a water isotopic composition ranging from −8.6 to −8.3‰ (δ18OH2O) and −58.8 to −56.7‰ (δ2HH2O), similar to the composition of the ground water escaping at the Site Meschendorf, which showed average values of −8.5 and 58‰ respectively (Table 1- springs; Figure 4).
The hydrogeochemical ground water composition in the region around the WB and of Meschendorf can be classified as Ca-Mg-HCO3 type (Figure 5). Based on the classification scheme by Löffler et al. (2010) it can be further characterized as a relatively young confined ground water.
Sediment Pore Water at the Beachline of Wismar Bay
Salinities of beach pore waters ranged between 3 and 10 (Table 1), representing different relative mixtures between fresh (salinities <1) and brackish waters (salinities of the WB: 11.8–12.5). Metabolites were enhanced when compared with the composition of the WB surface water, streams, and fresh ground waters around the WB (Supplementary Figure S2).
The water isotope data varied from −7.2 to −5.2 (δ18OH2O) and −49.4 to −39.3‰ (δ2HH2O), reflecting also a mixture between two different endmembers (Figure 4).
The average 224Raex activity was 351 ± 188 dpm 100 L−1 (n = 5), which is one order of magnitude higher than those found in the surface waters from either WB or in the streams (Table 1).
Sediment Pore Water in the Wismar Bay
The downcore variation in the pore waters composition from six sediment sites in the WB is presented in Figure 6 as a function of sediment depths. Sites 2, 15, 20, and 31 are presented separately from sites 10 and 11.
[image: Figure 6]FIGURE 6 | Pore water profiles in sediment cores from WB showing salinity (A), 18OH2O (B), 2HH2O (C), and different dissolved components Na (D), Ca (E), Mg (F), K (G), Si (H), SO4 (I), H2S (J), P (K), Fe (L), Mn (M), Ba (N), DIC (O), 13CDIC (P), of sites 2, 15, 20, and 31. The sites impacted by freshening at depth are presented in the panels: salinity (A-2), 18OH2O (B-2), 2HH2O (C-2), and different dissolved components Na (D-2), Ca (E-2), Mg (F-2), K (G-2), Si (H-2), SO4 (I-2), H2S (J-2), P (K-2), Fe (L-2), Mn (M-2), Ba (N-2), DIC (O-2), 13CDIC (P-2). The additional dashed lines in the panels I, I-2, O, O-2, P, P-2 are the diagenetic modeling results.
Sediments at sites 2, 15, 20, and 31 showed pore water profiles with constant salinity, except for a slight maximum at around 6 to 15 cmbsf, (Figure 6A). At Site 10 and in particular Site 11 (Figure 1), a strong downcore decrease in salinity was found. Relative to the bottom water conditions, the pore water salinities at Site 10 decreased by about 30% at 40 cmbsf. At the same depth, the salinity gradient at Site 11 reached essentially fresh water conditions (Figure 6A-2). In agreement with the salinity changes, the other conservative elements (Na, Mg, and K) also decreased with depth.
The δ2HH2O and δ18OH2O isotope values of the pore water at sites 2, 15, 20, and 31 varied from −39.5 to −29.5‰ and −5.1 and −3.9‰ respectively (Figures 6B,C). Due to the freshening by ground water at depth, the down core variations at sites 10 and Site 11 are much more pronounced, −50.2 and −36.9‰ (δ2HH2O) and −7.2 and −4.9‰ (δ18OH2O), and at 40 cmbsf at sites 11 and 10, respectively (Figures 6B-2,C-2).
All pore waters were enriched in metabolites when compared to the bottom waters (Table 1), with increase concentrations at depth. A pronounced maximum concentration in the top 10 cmbsf was found at Site 11 (Figures 6K-2–M-2, O-2).
Pore water concentrations of SO4 at the sediment-water interface were between 8 and 12 mM and decreased with depth, reaching 2 mM at most sites, and reaching even complete depletion at the base of Sites 10 and 11 (fresh water influenced sites) (Figure 6I-2). H2S was determined at all sites showing net accumulation below about 16 cmbsf. At site 11, no H2S accumulation was observed (Figure 6J-2).
The concentrations of DIC increased with depth up to 16 mM at all sites except for Site 11 where again a maximum was found in 10 cmbsf (Figure 6-O2). The increase in DIC concentrations was associated with a decrease in δ13CDIC values (Figure 6P-2).
Results from the modeling downcore profiles of SO4, DIC, and δ13CDIC were indicated by dashed lines in the panels I, I-2, O, O-2, P, P-2 of Figure 6. The corresponding fluxes and accumulated mineralization rates in depth intervals of 10 cm are given in Table 2. The modeled SO4 fluxes both in the top and bottom sediment are positive and similar at all the sites. In contrast, the modeled DIC fluxes are negative, except at Site 11 which shows positive fluxes. In addition, the results of the model show that in the first 10 cmbsf of the majority of the sites there is a high OM accumulation, especially in Site 11, which is caused by a reactive metal oxide other than sulphate reduction. To verify the additional OM mineralization rate by reactive metal oxide on this site, different mineralization rates at 6–10 cm were tested (Supplementary Figure S4). It becomes obvious that an enhanced OM mineralization rate is required to fit the 13CDIC values.
TABLE 2 | Modeled diffusive and advective fluxes of DIC and SO4 and the accumulated OM mineralization rate for all the 6 sediment core sites. The fluxes and the rates are given in mmol m−2 d−1.
[image: Table 2]Sediment Composition
Sediment Geochemistry
All sediment cores comprised a dark gray to black color with muddy texture covered by a brown fluffy layer on top.
Grain-size analyses show an uni-to bimodal distribution in the upper sediment. The vertical grain-size characteristics represented here by the first mode are given in Supplementary Figure S5. The samples first mode ranges between 8 and 100 µm. Fine to medium silt dominate at sites 10 and 11 (<40 µm) and at the surface of site 2 (subsurface), while sites 15 and 31 consist of coarse silt with a second mode around 8 µm. At site 20, in the southeastern part of WB, sediments consist of very fine sand. At sites 10 and 11 grain-size becomes finer with depth, whereas the mean grain-size increases at the other sites. The water content of the sediments ranged between 44 and 87% and generally decreased with sediment depth (Supplementary Figure S5).
The total organic carbon (TOC) contents ranged from 1 to 8% dwt. Organic matter-rich sediments (TOC >4 %wt.) were found at sites 10, 11, and 31, whereas sediments at other sites contained less TOC (Figure 7C). The molar TOC/TN ratios varied between 6 and 12 (Figure 7D) with increasing ratios with sediment depth. Total sulphur (TS) contents ranged from 0.3 to 2.4 wt. % (Figure 7B), typical for marine sediments (Figure 8) (Berner and Raiswell, 1983). Reactive Fe and Mn were generally pronounced in the top layers and mostly decreased at larger depths (Figure 9). Site 11 was characterized by the relatively highest values.
[image: Figure 7]FIGURE 7 | Vertical profiles of the bulk geochemical parameters TIC (A), TS (B), TOC (C), and C/N (D) ratios in sediments cores from the WB. The dashed lines in panel C (TOC) display the results from the diagenesis transport model (see discussion).
[image: Figure 8]FIGURE 8 | Covariations of TS versus TOC including the relationship suggested for Holocene siliciclastic sediments (Berner, 1982). It is assumed that TS essentially consists in the investigated samples essentially of pyrite sulfur. Surface sediments <20 cmbsf are open symbols and >20 cmbsf are filled symbols.
[image: Figure 9]FIGURE 9 | Vertical profiles of the contents of total Hg, (A), including the background level for Baltic Sea (Leipe et al., 2013), and Pb (B) and Fe (C) of sediment cores from WB. *HCl extractable fraction.
In brackish-marine sediments, microbial sulphate reduction limited by the availability of OM (Berner, 1980) which may be reflected by a positive co-variation of TOC with pyrite sulphur as found for Holocene sediments (Berner, 1982). The TS contents (taken here as a measure for pyrite sulphur) found in the shallow sediments of WB are positioned on or below the relationship proposed for siliciclastic sediments deposited beneath an oxygenated water column (Figure 8) (Berner, 1982).
The typical anthropogenic contaminants as Hg and acid-extractable lead (Pb*), showed pronounced variations reaching maximum contents of 156 μg kg−1 and 60 mg kg−1, respectively, mostly in the shallower part of the cores (Figure 9). Here, relatively similar concentrations may be related to bioturbation, probably caused by different activities of macrozoobenthos (Lipka et al., 2018b; Gogina et al., 2018). At Site 11, lateral sediment supply from the flanks of the channel, sediment redistribution caused by the channel excavation, and fresh water flow from below may have cause relative constant concentrations. At Site 11, both Hg and Pb* concentrations show no trend with depth.
Geophysical Characterization
The position of transects within WB are displayed in (Figure 1) and the results of the acoustic measurements are presented in Figures 10, 11. In the western transect, a steep drop in the bathymetry from less than 3 m water depth to approximately 9 m water depth is observed (Figure 10). In shallow waters of 3 m water depth and less no subsurface structures can be recognized in the seismic data.
[image: Figure 10]FIGURE 10 | Sediment acoustic profile of the western N-S transect in WB. The cores are represented as a circle around the site number, and the length of each core is indicated by the black bar.
[image: Figure 11]FIGURE 11 | Sediment acoustic profile of the eastern W-E transect. The cores are marked as a circle around the site number, and the length of each core is denoted by the black bar. Inset: perpendicular S-N transect highlighting site 11.
Directly below the seafloor at the base of the steep drop (near site 15), mostly acoustically transparent sediments with weak horizontal internal layering are deposited (S2). Within this unit, gas fronts prohibited further penetration of the acoustic signal, and are recognized along the profile by high acoustic turbidity. At two locations (Site 13 and between sites 13 and 14), chimneys rise from the gas front to the seafloor. Between sites 13 and 15, the gas front was penetrated and the seismic units S3 and S4 can be observed. A distinct reflector is forming a low angle unconformable boundary of S3 with the overlying unit S2. Within unit S3, a faint and distorted internal lamination is observed. Unit S3 is separated from unit S4 by an unconformable high-amplitude reflector that is strongly undulating. Unit S4 is acoustically transparent and forms the base of acoustic penetration, corresponding to the onset of glacial deposits.
In the central WB, a channel dredged for ship traffic to approx. 10 m water depth is visible (Figure 11). At the flank of this artificial depression, seismic unit S1 is observed in the top meter of the subsurface. Based on the acoustic measurement, the unit has a chaotic texture but may be separates into sub-units by an unconformity (near site 31). A medium to high amplitude reflector separated unit S1 from S2, which again shows a weak, horizontal internal lamination with a thickness of up to 3 m. Along the majority of the profile, free gas fronts are observed at a depth of approx. 9 m. Near site 30, a gas chimney reaches the seafloor. Closer to the channel and on a perpendicular profile, unit S3 occurs with a thickness of approx. 1 m. Seismic unit S4, separated from the overlying units by a marked unconformity, forms the base of acoustic penetration.
DISCUSSION
Fresh Water in the Catchment Area and Inlets at the Margins of Wismar Bay
Fresh ground waters from the catchment in the southern part of the WB and from a well on Poel Island (Figure 1) display a water isotope composition positioned on the LMWL of Warnemünde (Table 1; Figure 4). These data are also close to the composition of ground waters escaping at beach spring in Meschendorf (Figure 1), which has been shown water of age about 30 years (Lipka et al., 2018a). The hydrogeochemical ground water composition of the majority of investigated wells and the springs fall into the field for relatively “young” ground waters (Figure 5).
The Wallenstein stream and the other western streams carry different isotope-hydrochemical signatures, thus representing different surface waters sources entering the southern WB.
The western streams showed a water isotopic composition and δ13CDIC signatures similar to those found in the well waters of the catchment area (Table 1). The slight shift towards heavier isotope values is likely the result of an impact by evaporation and CO2 degassing when stream waters get in contact with the atmosphere (Michaelis et al., 1985; Clark and Fritz, 1997).
The Wallenstein stream, on the other hand, is enriched in heavy water isotopes and dissolved ions when compared to well waters and western streams (Figure 4; Table 1). Besides the mixing with BS surface waters during the time of sampling, this could also be the result of surface water evaporation (e.g., Gat, 1996; Clark and Fritz, 1997) that took place during the origin of this stream in Lake Schwerin and a further crossing through Lake Mühlenteich before reaching the WB coastline (Figure 1).
The impact of stream waters on the composition of the WB surface waters is most pronounced in the western part of the bay. There the water isotopic composition decreased towards the coastline (Figures 3B,C), due to mixing between open BS water, containing heavier isotopes, and a fresh water component characterized by lighter isotopes. In addition, higher concentrations of DIC together with the depleted δ13CDIC found near the western coastline (Figures 3E) are probably related to fresh water sources (Winde et al., 2014). The surface water of the WB in the western part showed water isotopes values decreasing close to the coastline (Figures 3B,C), probably due to mixing between open BS water containing heavier isotopes, and a fresh water component characterized by lighter isotopes coming from the small streams located in this region. These streams showed a water isotopic composition similar to those found in the ground water recovered from wells near Wismar (Table 1, GW) and fresh water springs at Meschendorf (Table 1–springs). The slight trend to heavier isotopes is likely the result of an impact by evaporation and CO2 degassing when stream waters become in contact with the atmosphere (Clark and Fritz, 1997). The 13CDIC isotopic signatures of the western streams are similar to the values in the ground water as well, which reinforces the idea that the streams are supplied by ground water from unconfined aquifers.
Within the western part of the WB, 224Ra activities showed a decrease towards the open BS (Figure 2B). Since the 224Ra activities in the streams were comparable to those measured in the surface water of the WB (Figure 2; Table 1), further sources may are contributing to the observed spatial patterns. Besides the ground water below the central part of the bay (see 4.3), which has not been analyzed for 224Ra, the permeable sediments along the bay may act as a further fresh water and 224Ra source to the WB. The pore water at the beach showed average 224Raex activities that were about one order of magnitude higher than the activities found in the surface water of WB. These findings, therefore, suggest, that SGD can enter the WB from the boundaries and contributing as a further source to the water balance of the WB.
Beach pore water consist of a mixture between fresh water and a brackish water component. To estimate the fresh water endmember the beach pore water compositions were extrapolated based on actual measurements and using Na as conservative mixing tracer (boundary conditions: average WB and 1 mM for the fresh water, which is the mean concentration found in the ground water wells). These values can be found in Table 1—Beach SGD. For the majority of the dissolved compounds a composition close to ground waters was found (Table 1). Only some non-conservative constituents, like DIC and Ca were enhanced in the estimated fresh water component, likely due to corrosion processes of carbonates present in the coastal sands (e.g., Smellie et al., 2008).
Although a 224Ra gradient was not established in the eastern part of the WB (Figure 2), the generally higher activities in this part may indicate a source of 224Ra. This source may originate from the exchange with pore water or resuspended sedimentary particles or SGD, besides the Wallenstein stream. Moreover, enhancement of Mn and Ba compared to the open BS surface water confirms strong benthic pelagic fluxes.
Tentative Radium Mass Balance for Wismar Bay
A mass balance is constructed, based on Rodellas et al. (2021), to estimate SGD in the WB. The Ra mass balance relies on the assumption that the most important Ra sources and sinks are in steady state, and then SGD can be evaluated by the difference of supply and removal according Eq. 5.
[image: image]
Where V and AWB are the water volume (m3) and surface area (m2) of where samples were collected (Figure 1). We assume for the balance that SGD is taking place at 27 km of the shoreline and 10 m offshore (ASGD). Qstr is the discharge from streams (m3 d−). We consider here the Wallenstein stream and the three western streams. Qout is the water outflow to the open BS (m3 d−1) determined by using the water mass ages, the activity difference between WB and open-sea water and the volume of the study area. The water ager was calculated following (Moore and de Oliveira, 2008). C is the weighted average of 224Raex of the WB, determined by the 224Raex inventory. Cstr are the mean concentrations of 224Raex in the surface water inlets (Bq m−3). Fsed is the 224Raex diffusion from sediments. λ is the radioactive decay constant of 224Ra. .FSGD is the fluxes of 224Raex per unit area associated with SGD (Bq m−2 d−1), respectively. Terms used in the mass balance together with the units are summarized in Table 3.
TABLE 3 | Summary of the terms used in the Ra mass balance.
[image: Table 3]Solving Eq. 5 a 224Raex flux from SGD (FSGD—Table 3) of 261.7 Bq m−2 d−1 was obtained.
This flux was converted into a water flow by dividing it by the 224Raex activities in different endmembers which were derived from four beach pore water samples with activities of 51, 65, 84, and 88 Bq m−3. The resulting estimated volumetric SGD flow is 3.8 ± 0.7 cm d−1 (Table 3).
The estimated flow is higher compared to the flow obtained by (Schafmeister and Darsow, 2004). These authors applied a numeric ground water flow model (about 0.02 cm d−1). This is due to the model only considering the fresh water component, whereas the Ra mass balance applied in the present study includes recirculated sea water. However, the SGD rate from WB is considered low when comparing to other SGD rates from different regions in the world, where SGD rates can reach up to 280 cm d−1 (Santos et al., 2021).
Benthic Processes and Submarine Fresh Water Source in the Central Wismar Bay
The composition of sediments investigated in the WB is typical for silty/muddy deposits along the North-German coastline (e.g., Böttcher et al., 2000; Al-Raei et al., 2009; Lipka et al., 2018b).
Except for sites 10 and 11 (Figure 1), pore water salinities in the WB sediments were characterized by relatively constant values (Figures 6A). Slight maxima around 10 to 15 cmbsf were observed at all sites and are due to past changes of bottom water salinities which are consequence of intrusion of salty North Sea water intrusions into the southern BS (Matthäus and Lass, 1995; Mohrholz, 2018).
Pore water salinities at Site 10 and in particular at Site 11 show a different pattern. Below the surface maxima, they decrease, and at Site 11 the values even reach fresh water conditions at the lowermost depth (salinity of about 1). It suggests that the sediments below the surface muds may host an aquifer containing fresh water, situated above glacial deposits and potentially part of seismic unit 3 (Figure 11). The pore water gradients of Site 11 (Figure 6A-2) result from mixing between endmembers (e.g., ground water and BS), superimposed by diagenetic reactions leading to further accumulation of some elements in the top sediments.
The pore waters at sites not impacted by freshening (sites 2, 15, 20, and 31) are characterized by a continuous increase in metabolite concentrations and a decrease in SO4 and δ13CDIC values (Figures 6J–O). These vertical profiles are shaped by intense OM mineralization catalyzed by microorganisms using in particular SO4 as terminal electron acceptors (Froelich et al., 1979; Jørgensen, 1982).
The maxima in Si, P, DIC, Mn, and Fe concentrations at Site 11 at around 10 cmbsf are in agreement with higher loads of top sediments in metabolizable organic matter leading to enhanced mineralization when compared to the other sites (Figures 6K-2–M-2,O-2). These observations also demonstrate that the fresh ground water is not substantially enriched in those substances. The pore water at Site 11 is depleted in SO4 due to both, microbial sulphate reduction in the upper part of the sediment, but in particular due to the dilution with the underlying ground water that is free of SO4.
The high dissolved Fe and Mn concentrations observed in the top sediments (Figures 6L-2,M-2) may accumulate due to the chemical reaction of metal ox (yhydrox)ides by biogenic sulphide (e.g., Moeslund et al., 1994; Thamdrup et al., 1994; Böttcher et al., 2000). At the sediment-water interface, Fe and in part Mn may are oxidized by NO3 and/or O2, whereas in deeper sediment layers Fe and Mn may react with H2S and DIC to form Fe sulphides and MnCa carbonate solid-solutions, respectively (Froelich et al., 1979; Berner, 1980; Huckriede and Meischner, 1996; Böttcher and Dietzel, 2010). The observed near-surface maximum in dissolved P at Site 11 is due to the parallel release from OM and reduction of Fe ox(yhydrox)ides that acted previously as sorption substrate for P (e.g., Haese, 2006).
The surface sediments at all sites are low in accumulating TS (considered to reflect essentially pyrite contents) when compared to the predicted Holocene saturation line (Figure 8), indicating the impact of sulphate-independent mineralization processes in the top sediments and the impact of bioturbation-driven-re-oxidation of sedimentary sulphur species (e.g., Jørgensen and Kasten, 2006). This is in line with previous observations (Mossmann et al., 1991; Böttcher et al., 2000) that gave evidence that for modern sediments some burial at depth and associated time is necessary to establish a constant TOC/S ratio. However, the freshening of pore water at Site 11 establishes SO4 limited conditions and caused the TOC/TS ratio to remain below 2.8 (Figure 8).
Overall, the modeled mineralization rates at the WB are at the lower end when compared to measured gross sulphate reduction rates in muddy sediments from German coastal areas (Böttcher et al., 2000; Llobet-Brossa et al., 2002; Al-Raei et al., 2009; Lipka et al., 2018b) which is likely due to some H2S reoxidation by metal oxy (hydrox)ides taken place in the surface sediments (Jørgensen, 1982). The highest net anaerobic mineralization rates are found at Site 11 (Table 2). The excavation of sediment (Figure 11) formed a local sediment trap and led to a fast accumulation of sediments as reflected by the homogeneous distribution of sedimentary organic matter, reactive metals like Fe and Mn, and anthropogenic tracers (Hg, Pb*) (Figure 9). This accumulation further leads to enhanced availability of fresh organic matter fostering microbial activity (Aller and Blair, 1996; Jørgensen and Kasten, 2006), and therefore, higher diagenetic element fluxes across the sediment-water interface (Table 2).
Moreover, the modeled fluxes indicate that advective and diffuse components are taking place, however, the last one has been more pronounced. DIC is liberated from deeper sediments to the bottom waters, especially at Site 11 (Table 2). The pore water at Site 11 was physicochemically evaluated by the Phreeq-C package (Parkhurst and Appelo, 1999). Assuming an equilibrium with calcite at depth (Morse and Mackenzie, 1990) all solutions are characterized by an enhanced CO2 partial pressure higher than atmospheric pressure. Therefore, the impact of fresh water at Site 11 on the bottom water of WB will enhance the capability of surface water to act as a potential CO2 source for the atmosphere.
An Anthropogenic Bottle Opener for SGD?
A stronger decrease in salinity, and therefore an indication of fresh water occurrence is observed at Site 11 compared to the other sites (Figure 6A-2). The main morphological difference between this sites is the presence of an excavated navigation channel. This is an about 3–4 m deep artificial sedimentary depression (Figure 11) which was built for ship navigation channel between the open BS and the port of Wismar (VSW, 2018).
Based on the geophysical profiles, the dredging removed the previously overlying muddy sediments (units S1 and S2), thereby touching the underlying aquifer in unit 3 (Figure 11). The removal of the mud cover at Site 11 promotes the exchange of solutes and water between the aquifer and the bottom water. A more continued excavation this structure in the future, may enhance the direct impact of SGD on the WB. On the other hand, depending on the hydrographic boundary conditions, the artificial channel may also temporarily allow brackish water to penetrate the aquifer.
CONCLUSION AND OUTLOOK
The multi-tracer approach used in the present study demonstrated the impact of different fresh water sources on the Wismar Bay (WB), southern Baltic Sea, and in particular to prove the occurrence of SGD at the center of the bay. In addition, the change in the radium gradient towards the open sea suggests potential ground water leaking from the coastal borders in agreement with direct observations at the shoreline.
The sediment cores retrieved from the central part of the bay together with the acoustic survey discovered fresh water discharge at the sea bottom in the central part of the bay. The discovered SGD site (Site 11) is located in a navigation channel, which demonstrates that the dredging activity may have caused a change in the pressure gradient, thereby allowing ground water to penetrate the sediments overlying the aquifer and the bottom waters of the WB, respectively. Using a tentative Ra mass balance, we estimate a potential contribution from SGD to the WB of about 3.8 ± 0.7 cm d−1.
Diagenesis in the surface sediments results in the enhancement of metabolites in the pore waters at depth. At Site 11, however, enhanced concentrations of metabolites were found in the top sediments which may also be related to the remineralization of fresh organic matter added by dredging in the past that lead to higher mineralization rates.
From the geochemical profiles it can be inferred that SGD is not just limited to the central part of, but can also occur in other places of the WB, which may or may not be associated with dredging activities. Therefore, explorations to determine the number of SGD sites are necessary.
Possible future engineering to impact the WB benthic structure may have impacts on benthic-pelagic coupling and, thereby, change the element fluxes into the bottom waters. Further studies, however, are required to investigate the potential impact of local sediment properties as a source for nutrients and dissolved carbon species for the WB water column.
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Subterranean estuaries the, subsurface mixing zones of terrestrial groundwater and seawater, substantially influence solute fluxes to the oceans. Solutes brought by groundwater from land and solutes brought from the sea can undergo biogeochemical reactions. These are often mediated by microbes and controlled by reactions with coastal sediments, and determine the composition of fluids discharging from STEs (i.e., submarine groundwater discharge), which may have consequences showing in coastal ecosystems. While at the local scale (meters), processes have been intensively studied, the impact of subterranean estuary processes on solute fluxes to the coastal ocean remains poorly constrained at the regional scale (kilometers). In the present communication, we review the processes that occur in STEs, focusing mainly on fluid flow and biogeochemical transformations of nitrogen, phosphorus, carbon, sulfur and trace metals. We highlight the spatio-temporal dynamics and measurable manifestations of those processes. The objective of this contribution is to provide a perspective on how tracer studies, geophysical methods, remote sensing and hydrogeological modeling could exploit such manifestations to estimate the regional-scale impact of processes in STEs on solute fluxes to the coastal ocean.
Keywords: subterranean estuary, submarine groundwater discharge, coastal aquifer, upscaling, biogeochemistry, geophysics, numerical modeling, ecology
INTRODUCTION
Along global coastlines, meteoric groundwater discharges into the ocean (Church, 1996; Taniguchi et al., 2002; Zhou et al., 2019; Luijendijk et al., 2020). The subsurface zone where meteoric groundwater mixes with saltwater was termed the subterranean estuary (STE) by Moore (1999). This term was defined as “a coastal aquifer where groundwater derived from land drainage measurably dilutes saltwater that has invaded the aquifer through a free connection to the sea” (Moore, 1999). The relevance of STEs for matter cycling and coastal ecology is increasingly recognized by the scientific community (Rocha et al., 2021).
The term estuary originates from hydrology and is defined as the area where fresh river water and saline seawater mix (Prandle, 2009). Riverine estuaries are biogeochemical reactors that, amongst other processes, filter out about 20% of the dissolved silicon through reverse weathering (Tréguer and De La Rocha, 2013) or degas substantial amounts of riverine transported organic carbon as CO2 (Laruelle et al., 2010). By now, it is accepted that riverine solute fluxes to the coastal realm cannot be meaningfully quantified without considering transformations in the mixing zone of river estuaries (e.g., Kipp et al., 2020). For submarine groundwater discharge (SGD), the same should hold for subterranean estuaries (Robinson et al., 2018).
STEs are characterized by waters with geochemical signatures controlled by steep (physico-)chemical gradients of mixing terrestrial groundwater and seawater (Moore, 1999). The groundwater-seawater mixing zone embraces thematically different scientific fields, sometimes leading to confusion in terminologies. The term STE, for instance, is partly overlapping with the term ‘coastal aquifers’, which describes a groundwater system at the interface of land and sea in hydrogeology (Duque et al., 2020; Jiao and Post, 2019). Mixing of fresh and saline groundwater occurs differently in porous sedimentary aquifers than in karst or volcanic aquifers since the former have longer residence times and a higher reaction area between solid and fluid phase. STEs of the latter type are termed ‘anchialine’ (Bishop et al., 2015). Other studies use the term STE for karstic environments (e.g., Gonneea et al., 2014). In these situations, hydrology plays a major role in biogeochemical reactions (Brankovits et al., 2018), which is amplified by the karst's hydrogeological conditions. However, if karstic aquifers discharge in submarine springs with sufficient discharge rates, this can lead to freshwater mixing with seawater in the ocean itself in the form of plume-like structures (e.g., Fleury et al., 2007), whose nutrient fluxes can trigger algal blooms (Chen et al., 2020). Karst areas cover large parts of the global coastline (Goldscheider et al., 2020) and are essential groundwater-ocean interaction areas. Nevertheless, since processes in these conduit-systems differ sharply from those in porous sediments, we focus our assessment on STEs composed of porous sediments (Figure 1). Thus, we here use the term STE to describe the zone where fresh and saline groundwater mix in porous coastal aquifers in the subsurface, which is in line with the marine scientific literature (Robinson et al., 2018; Duque et al., 2020).
[image: Figure 1]FIGURE 1 | Examples of beach settings in which active STEs developed. Left panel: Varkala Beach, India, where SGD seeps through the pore space below the waterline (Oehler et al., 2019b) (Photograph: T. Oehler). Middle panel: Trou aux Biches, Mauritius, where SGD is seeping out of the beach face during low tide (Photograph: J. Scholten). Right panel: SGD seeping along preferential flow-paths into the Wadden Sea near Cuxhaven, Germany (Photograph: Nils Moosdorf). Note that an STE often is not directly visible from the surface.
While STEs share the name estuary and the freshwater-saltwater mixing zone, they differ sharply from their riverine counterparts. The term “estuary” itself is questionable for STEs, since some definitions of estuaries also encompass the shape of the water body, e.g., as “semi-enclosed”, basically referring to rivers (Wolanski, 2007). One crucial difference is residence time, which is in the order of days in riverine estuaries (Rasmussen and Josefson, 2002) and can be decades in STEs (e.g., Grünenbaum et al., 2020). The different residence time leads to different mixing processes: while in rivers, mixing can be in turbulent flow driven by wind, flow in STEs is generally linear and advection-dispersion driven. While in river estuaries, water-solid interaction is mostly limited to suspended or surface sediment as solid phase, STEs provide a wide range of minerals and solids to interact due to a lower water/rock ratio. In some STEs, anoxic conditions develop along subsurface flow-paths or be promoted by the inflow of O2-free groundwater, which changes the biogeochemical reactions compared to STEs where oxic conditions prevail (Slomp and Van Cappellen, 2004) or to oxic surface waters flowing through riverine estuaries. Thus, despite river estuaries and STEs sharing parts of their name, the processes involved can be very different. Also, while rivers can be treated as point sources of solutes and particulates to the coastal ocean, STEs can occur along long stretches of coast, and their geochemistry can vary substantially at the meter scale (e.g., Beck et al., 2016; Ehlert et al., 2016; Beck et al., 2017; Waska et al., 2019b) and even more at the regional scale.
In general, biogeochemical reactions alter the composition of terrestrial groundwater and saltwater that flow through STEs. Thus, the biogeochemical composition of the resulting SGD will not represent a conservative mixing between the fresh and saline waters entering the STE. In many STEs, the contribution of marine water circulating through the sediment (“marine SGD”) to the total water fluxes exceeds that of terrestrial groundwater (e.g., Lopez et al., 2020). Groundwater of marine origin in the seafloor sediment and STEs will here be called “saline groundwater.” Flow and transport in STEs are highly dynamic and locally variable. While discharge from unconfined shallow aquifers occurs near the shoreline, discharge from confined aquifers has been observed several kilometers offshore, depending on the hydrogeological conditions (Burnett et al., 2003; Gustafson et al., 2019). Mixing of fluids triggers biogeochemical reactions that can change the discharge composition compared to the original end-members (i.e., fresh groundwater and saltwater). Understanding the coupling between the physical and biogeochemical processes is the prerequisite to understand the role of STEs in controlling the geochemical composition of SGD (Robinson et al., 2018). Processes in STEs can substantially influence the water quality of the receiving water bodies and the biological processes in coastal waters (e.g., productivity, food web structure) and the full spectrum of the species inhabiting them, from bacteria (Adyasari et al., 2019a), algae, through grazers, detritivores, to invertebrates (Miller and Ullman, 2004), predatory fish (Pisternick et al., 2020), and birds (Kotwicki et al., 2014; Lecher and Mackey, 2018). The processes controlling the solute fluxes through STEs have been named among the main currently unsolved problems in hydrology (Blöschl et al., 2019).
Groundwater salinity distribution in STEs is typically characterized by a wedge of dense, saline groundwater that thins from the ocean inland underneath a fresh water body at the bottom of an aquifer (Figure 2). Along these water bodies' interface, the fresh and saline groundwater mix and a zone of intermediate salinities forms. Another saline recirculation cell, where saltwater infiltrates into the sediment, the so-called ‘upper saline plume’ (USP), can occur in settings with a sloping land surface where tides and waves run up along the beach (e.g., Lebbe, 1981; Robinson et al., 2007). Between the USP and the saltwater wedge, a ‘freshwater discharge tube’ evolves, focusing fresh SGD along the low water line under an active SGD seepage zone. These distinct water bodies have been described to shift, expand and contract as a consequence of seasonal groundwater recharge variations (Michael et al., 2005), spring-neap tidal cycles (Abarca et al., 2013; Heiss and Michael, 2014) or intensified wave conditions (Robinson et al., 2014). The shape of the STE is controlled by a large number of factors, such as geological heterogeneity (Geng et al., 2020), terrestrial groundwater discharge (Heiss and Michael, 2014), tidal amplitude (Abarca et al., 2013), sediment topography (Robinson et al., 2006; Waska et al., 2019b; Grünenbaum et al., 2020), or even seawater temperature (Kim et al., 2020).
[image: Figure 2]FIGURE 2 | Cross-section of a coastline highlighting the different parts of a subterranean estuary (STE).
STEs have been investigated from local, regional (Beck and Brumsack, 2012; Jurasinski et al., 2018) to global perspective (Beck et al., 2013; Rahman et al., 2019), and groundwater dynamics and driving forces have been reviewed (Santos et al., 2012; Robinson et al., 2018). For example, in Waquoit Bay, a comprehensive suite of STE studies related to biogeochemistry (Charette et al., 2005; Charette and Sholkovitz, 2006; Saenz et al., 2012; Gonneea et al., 2014), hydrology (Michael et al., 2005; Spiteri et al., 2008b), and tracer application (Dulaiova et al., 2008) has been conducted. The coastline of the Gulf of Mexico has provided a diverse geological background for local STE studies: from sandy beaches and lagoon systems in Florida (Santos et al., 2008; Roy et al., 2011; Pain et al., 2019), via an organic-rich STE in the eastern part of Mobile Bay, Alabama (Montiel et al., 2019), to developed karst system in Yucatan, Mexico (Gonneea et al., 2014; Brankovits et al., 2017; Brankovits et al., 2018). Biogeochemical STE studies in North America have also been conducted in the eastern (Hays and Ullman, 2007; O'Connor et al., 2018; Tamborski et al., 2017) and western (Santoro et al., 2008; Boehm et al., 2014; Brown and Boehm, 2016) coastal areas of the contiguous United States, as well as boreal parts of Alaska (Lecher et al., 2016a) and Canada (Couturier et al., 2016; Sirois et al., 2018).
Many relevant field studies have been conducted outside North America. The development of an upper saline plume and the freshwater tube underneath was first demonstrated in Belgium by Lebbe (1981). He developed the conceptual model for the salinity distribution in unconfined aquifers influenced by tides based on field measurements and mathematical modeling. The Wadden Sea, located in the southern North Sea, is a well-studied system where various geochemical (Beck et al., 2017; Linkhorst et al., 2017; Reckhardt et al., 2017; Rullkötter, 2009; Seidel et al., 2015; Waska et al., 2019b), hydrological (Moore et al., 2011; Seibert et al., 2019), as well as microbiological and biogeochemical (Musat et al., 2006; Al-Raei et al., 2009) studies have been conducted. Here, STEs have been shown to function as a coastal filter for material exchange and transformation. They are characterized by a high input of organic matter, intensive nutrient recycling, and organic matter remineralization rates (Billerbeck et al., 2006; Al-Raei et al., 2009). Other studied STEs in Europe are the Baltic Sea coast (Szymczycha et al., 2012; Donis et al., 2017; Jurasinski et al., 2018; Virtasalo et al., 2019) and the coast of France (Anschutz et al., 2009; Charbonnier et al., 2013; Oehler et al., 2017). In Asia-Pacific, STE studies were conducted in South Korea (Kim et al., 2012; Lee et al., 2017) with particular attention paid to the volcanic Jeju Island (Kim et al., 2011; Kim et al., 2013), China (Liu et al., 2012; Wang et al., 2015; Yang et al., 2015; Jiang et al., 2020), Japan (Uchiyama et al., 2000; Nakada et al., 2011), Indonesia (Adyasari et al., 2019b), Cook Island (Erler et al., 2014), and Australia (Robinson et al., 2006; Robinson et al., 2007; Sanders et al., 2012).
The delivery of nutrients by terrestrial groundwater has been plentifully addressed also at continental to global scales (e.g., Beusen et al., 2013; Sawyer et al., 2016; Luijendijk et al., 2020), typically by multiplying the estimated water flux by the nutrient concentration of the fresh groundwater to obtain the nutrient mass flux. Such estimates do not consider the biogeochemical reactions in the STE that modulate the actual inputs to the coastal ocean. Local-scale studies have revealed the critical influence of biogeochemical reactions in the STE on land-ocean solute fluxes and coastal ecology, even though STEs only cover a narrow stretch of the coast. This influence happens most certainly on a local and regional scale and is likely to have a significant effect on global scales. However, what remains unclear is how the knowledge and process descriptions at the local scale can be translated to the regional scale so that the impact of terrestrial SGD on the marine environment can be better quantified. We define the local scale as coastline lengths between 100–102 m and the regional scale at 103–105 m. Here, we summarize local scale knowledge about processes in STEs and outline perspectives toward the representation and extrapolation of these processes at the regional scale.
BIOGEOCHEMICAL CYCLING IN SUBTERRANEAN ESTUARIES
Subterranean estuaries are biogeochemically active, characterized by microbially mediated element release, fixation and transformation reactions (Charette et al., 2005; Spiteri et al., 2008a; McGrath et al., 2012; Beck et al., 2017; Duque et al., 2020). Biogeochemical reactions within the STE and the export of reaction products into coastal waters can have wide-reaching consequences for ecologically detrimental coastal processes such as eutrophication and associated oxygen depletion of bottom waters (Slomp and Van Cappellen, 2004; Dybas, 2005), modification of ocean derived substances (e.g., detrital matter including POC and S species: Shum and Sundby, 1996), buffering or enhancing ocean acidification (Wang et al., 2014; Santos et al., 2015; Liu et al., 2017), and transport of contaminants from the land to the sea (Brovelli et al., 2007; Wang et al., 2012). Depending on redox conditions and water flux rates, this can be crucial in determining element speciation and balances in coastal waters with effects for phytoplankton productivity and potentially eutrophication (Taniguchi et al., 2019). Increased primary productivity can further intensify the transfer of nutrients and possible contaminants from lower to higher trophic levels.
Organic carbon forms a primary electron donor in the coastal subsurface, which interacts with various electron acceptors (e.g., O, N, S, Fe and Mn species) derived from the sea or transported within the aquifer. Organic carbon stimulates a cascade of biogeochemical reactions relevant for local to global element turnover rates and budgets at the land-sea interface (Goodridge and Melack, 2014; Couturier et al., 2017; Cho et al., 2018; Seibert et al., 2019). Organic carbon quality, i.e., the fitness of organic molecules for microbial use as an electron donor (and sometimes acceptor), is dependent on its molecular composition, which is usually a complex mixture of terrestrial and marine-derived chemical moieties (Seidel et al., 2015).
The steep physicochemical gradients and enhanced microbial activity in STEs can also lead to mineralization processes of organic matter and hydrocarbons (Akam et al., 2020) as well as reoxidation reactions (Roy et al., 2013). These processes alter the redox conditions and the proton activity and may lead to the formation of authigenic solid phases, like carbonate, sulfide, sulfate or phosphate minerals (O'Connor et al., 2018; Riechelmann et al., 2020; Roy et al., 2013). Mineral formation may limit the concentrations of dissolved trace elements like metals being co-precipitated during iron sulfide formation (e.g., Huerta-Diaz and Morse, 1992). However, mineral formation also adds to the STE function as a filtering barrier between the terrestrial groundwater system and the sea for harmful chemical compounds. A well-known example of this is the so-called ‘iron curtain,’ an iron oxide rich zone that forms when oxic seawater is cycled through the beach sediments and mixes with anoxic or sub-oxic terrestrial groundwater (Chambers and Odum, 1990; Charette and Sholkovitz, 2002; Spiteri et al., 2006; Linkhorst et al., 2017; Sirois et al., 2018). The large sorption capacity of these iron oxides can be responsible for fixating aqueous pollutants, such as P and As species, before they become entwined in coastal food webs (Chambers and Odum, 1990; Bone et al., 2006; Beck et al., 2010).
Biogeochemically active areas can be unevenly distributed within the STE. This effect is amplified by the geological heterogeneity of flow regimes (Geng et al., 2020). Typically, certain conditions lead to the formation of biogeochemical ‘hot-spots’, areas of enhanced microbiological and chemical activity that drive the modification and transformation of ions and molecules in the subsurface (Santos et al., 2008). Microbial activity and community changes with salinity (Adyasari et al., 2019a). While the processes causing the observed spatial distribution of hot-spots are still poorly understood, an appropriate substrate (chemical and physical) is needed, as is an active flux of reactive electron acceptors and donors to maintain an energy flux for the microbial metabolism.
Thus, knowing the hydrogeology of a site (water origin, flow paths, residence times, mixing processes, and aquifer properties) is crucial for understanding the distribution of hot spots in STEs (Goodridge and Melack, 2014). Modeling suggested that density-driven flow can enhance mixing in an STE when dense saline water from the upper saline plume or periodic flooding sinks into the underlying freshwater lens due to ‘salt fingering’ (Greskowiak, 2014). Other studies show the importance of heterogeneity of hydrogeological parameters in controlling an STE’s shape (Weinstein et al., 2007) and the associated biogeochemical reactions (Heiss et al., 2020).
The temporal equivalent of ‘hot-spot’ is often termed ‘hot moment’. The recognition that high element turnover (reactivity) areas are temporally dynamic is important (Liu et al., 2017; Waska et al., 2019b). Hot moments imply that enhanced biogeochemical activity areas are stationary neither in time nor location and will fluctuate depending on hydrological and chemical boundary conditions (Seidel et al., 2015). The incorporation of hot moments into the framework of biogeochemical activity in the subsurface has helped understand the previously ambiguous distributions of elements and molecules, e.g., in the framework of groundwater-river interaction (Vidon et al., 2010). At the coast, storms may, for instance, physically impact the freshwater input, the availability of substrates, or the seafloor morphology, which would change STE behavior. Due to storms, SGD rates can strongly change in a matter of days (Cho et al., 2021). More generally, hot moments in STE can be created through movements of the salinity gradient, when, e.g., phosphorus can desorb from aquifer sediment with increasing salinity and cause a spike of P fluxes to the ocean that is not directly connected to terrestrial or marine inputs (Flower et al., 2017). Hot moments can also result from shifts in groundwater flow paths due to changed wave activity, which have been hypothesized to trigger pulses of arsenic transport into coastal waters due to instability of iron oxyhydroxides under changing redox conditions (Rakhimbekova et al., 2018). Water residence time is an essential factor influencing chemical reaction kinetics in the STE. For instance, in Waquoit Bay, longer residence times during winter caused attenuation of the groundwater nutrient load within the STE, whereas during periods of shorter residence time, SGD was nutrient-enriched (Gonneea and Charette, 2014).
The characterization of mineral authigenesis and its proxy potential in the STE requires sediment core material from the coastal and hinterland zone, best vertically resolved along transects through the STE to gain regional information. Whereas the physicochemical characterization of the aqueous solutions may allow for the identification of the current situation, the solid phases, when combined with appropriate age control, provide information about past SGD (Böttcher and Dietzel, 2010) as well as the movement of the geochemical mixing zone within the STE in response to sea-level change (Roy et al., 2010; Hong et al., 2018). The sea-level rise since the last glacial maximum caused a landward movement of STEs. Isotopic composition of authigenic minerals documents past changes in the land-sea hydrological conductivity and the evolution of the paleoenvironment.
In the following, the biogeochemical cycling of individual compounds in STEs will be discussed.
Carbon
Subterranean estuaries receive carbon (C) from both terrestrial and marine sources. Terrestrial dissolved inorganic carbon (DIC) is principally derived from biological processes taking place in the soil, and further influenced by biogeochemical processes in the groundwater (Bögli, 1980; Clark and Fritz, 1997; Deines et al., 1974). Terrestrial dissolved organic carbon (DOC) in STEs is either transported from the soil zone of the surrounding watersheds to the coast via groundwater or leached from vascular-plant material buried in coastal aquifers, such as paleosols (Sirois et al., 2018) or peat layers. Marine DOC is supplied to STEs by infiltrating seawater and produced locally in the STEs through remineralization of particulate organic matter (POM), for example, from coastal phytoplankton and macrobenthic beach wrack (Kim et al., 2019). DOC from both sources is transformed in STEs by microbial activity into CO2 and CH4.
Generally, terrestrial groundwater contributions will enhance the regional potential of coastal seawater to degas CO2 to the atmosphere and contribute to primary productivity. However, DIC from terrestrial groundwater may also induce intense carbonate mineral dissolution (if terrestrial groundwater is oversaturated in CO2) or lead to the precipitation of secondary carbonates (Deines et al., 1974; Wigley et al., 1978). The dissolution of carbonates in beach sands could be a substantial pH-buffer preventing acidic groundwater from changing coastal marine environments. Mixing between different water masses may impact the saturation states of carbonate minerals in an aqueous solution (Bögli, 1980; Hanshaw and Back, 1979), which amplifies the STE effect on the carbon cycle. Carbonate dissolution in the groundwater-seawater mixing zone can form caves and caverneous structures (Mylroie and Carew, 1990). At the regional scale, the total amount of carbonate dissolution through saturation effects of mixing groundwater and seawater was estimated on the Yucatan Peninsula (Hanshaw and Back, 1980). Therefore, carbonate dissolution structures may potentially be used to derive information about STE activity at regional scales or trace back STEs over geological time scales. Precipitation or dissolution of authigenic carbonate minerals could develop characteristic C and O isotope as well as trace metal signatures that can be used to deduce the composition of past solute gradients in an STE (Böttcher and Dietzel, 2010).
SGD can also be a source of methane (CH4) to coastal waters (Lecher et al., 2016b; O'Reilly et al., 2015), and CH4 gradients have been used to identify sites of SGD (e.g., Cable et al., 1996; Böttcher et al., 2021). In the Baltic Sea, seepage of terrestrial groundwater associated with CH4 releases was observed (Whiticar and Werner, 1981; Whiticar, 2002). STEs, both in karstic and porous settings, can be hotspots for CH4 oxidation that removes CH4 from groundwater before discharging into surface waters (Schutte et al., 2016; Brankovits and Pohlman, 2020). High variability in temporal (seasonal) and spatial (among geographically similar STEs) CO2 and CH4 concentrations and fluxes have been observed (Pain et al., 2019; Pain et al., 2020), complicating extrapolations to the regional scale.
Mineralization of DOM and CH4 in STEs changes ratios of total alkalinity (TA) over DIC depending on the involved electron acceptors and superimposing biogeochemical processes (Akam et al., 2020). The mineralization can result in characteristic carbon isotope signatures (Deines et al., 1974; Meister et al., 2019). Sheltered, organic-rich STEs with sulfate reduction as a dominant remineralization pathway may become enriched with DOC and TA (e.g., Sippo et al., 2016). The mineralization of organic carbon in STEs is often linked to several overlapping mechanisms, which can vary over seasonal cycles, such as the advective flow of terrestrial groundwater and saltwater and the availability of organic carbon (Kim and Kim, 2017; Liu et al., 2017; Kim et al., 2019). Marine-derived organic matter is assumed to be more abundant and more labile than terrestrially derived organic matter (Seidel et al., 2015) and is accompanied by an injection of oxygen, which accelerates mineralization rates. This “priming” by labile organic carbon and supply of oxygen may impact remineralization of groundwater-imported terrestrial DOC, but how and to which extent is weakly known. Since seawater circulation volumes exceed terrestrial groundwater throughputs in many STEs, marine DOC inputs could primarily determine the activity of the STE microbial reactor. Hence, most DOC released back into the coastal water column could be recycled/transformed. However, the relative contributions of terrestrial and marine organic carbon, as well as the function of the STE as a net source or net sink of organic carbon, are highly variable in space and time (Webb et al., 2019).
Carbon cycling in the STE on a local scale is best understood based on parallel profiling on land and at the seaside of the groundwater-seawater mixing zone since both terrestrial- and marine processes can control DIC and DOC fluxes. Besides direct tracking and benthic measurements of SGD leaving an STE (Donis et al., 2017), stable C isotope compositions of DIC, DOC and CH4 are useful variables in the characterization and even quantification of internal processes and modulations in STEs (e.g., Winde et al., 2014; Donis et al., 2017; Meister et al., 2019; Pain et al., 2019; Pain et al., 2020). Also, DOM molecular traits can elucidate organic carbon cycling in STEs (Seidel et al., 2015). At the regional scale, the C cycle is particularly complex to represent because of the considerable heterogeneity of unconfined aquifers and the formation of metabolically diverse ‘hot spots’. Therefore, an abundance of information is necessary both from the land- and marine sides of the STE.
Nitrogen
Subterranean estuaries may act as either a source or sink of nitrogen (N). Microorganisms catalyze different reactions of reactive N, which include nitrate [image: image], nitrite [image: image], and ammonium [image: image]. The core nitrogen cycle involves four reductions [N fixation [image: image], denitrification [image: image]], assimilatory nitrate reduction [image: image], and dissimilatory nitrate reduction to ammonium (DNRA, [image: image]) as well as two oxidation pathways [nitrification [image: image]] and anaerobic ammonium oxidation (anammox, [image: image]) (Kanehisa and Goto, 2000). The nitrogen cycle further includes organic nitrogen mineralization, or ammonification, which is the breakdown of organic N (Norg), leading to the release of [image: image].
Nitrogen usually enters the system via N fixation (Fulweiler et al., 2007; Rao and Charette, 2012), organic input from terrestrial and marine sources, or terrestrial groundwater in the form of nitrate (Weinstein et al., 2011). STEs were classified as nutrient-contaminated STEs when they receive elevated amounts of nitrate from terrestrial groundwater and uncontaminated STEs when they produce nitrate internally from the mineralization of organic matter (Santos et al., 2009b; Loveless and Oldham, 2010; Robinson et al., 2018). In the latter case, tidal pumping provides Norg to the STE, which later is remineralized into [image: image] or nitrified to create [image: image] and [image: image] (Ullman et al., 2003; Santos et al., 2008; Charbonnier et al., 2013). The nitrifying microorganisms are aerobic chemoautotrophs; thus, nitrification generally occurs at the oxic surface layer of STEs where the ammonification rate is high, and Norg input and oxygen concentration are abundant (Santoro et al., 2008).
It has been shown that nitrate may be removed in permeable intertidal sediments from circulating seawater (Marchant et al., 2016), in some locations by up to 70% (Wong et al., 2020). Permanent biological removal of reactive N ([image: image] and [image: image]) from the STE may be achieved through biological assimilation, denitrification and anammox, provided that contact time between the aqueous and solid phase of an STE is sufficient. Denitrification is reportedly the primary biogeochemical process responsible for N loss in coastal and marine systems (Canfield et al., 2010) and performed by a wide range of bacteria and archaea, mostly heterotrophic microorganisms. Particulate organic carbon (POC) in the coastal aquifer was reported as a major control on denitrification in STE (Kim et al., 2020). Under conditions where [image: image] inputs exceed the availability of carbon substrate for denitrification, DNRA may occur (Tiedje, 1988; Gardner et al., 2006), which, however, preserves N in the system as [image: image]. Anammox, another process of biological N removal (Jetten et al., 1998), may occur in an anaerobic, [image: image]-abundant, low organic matter environment (Sáenz et al., 2012). The co-occurrences of N transformation processes, such as simultaneous nitrification-denitrification, has been found in the STE due to the oxygen and organic matter stratification (Hays and Ullman, 2007; Erler et al., 2014) or rapid mixing of different water masses, creating both oxic and anoxic microzones (Uchiyama et al., 2000; Kroeger and Charette, 2008).
The N transformation processes are controlled mainly by groundwater residence time (Santos et al., 2008; Gonneea and Charette, 2014), redox condition (Slomp and Van Cappellen, 2004), availability of electron donors (Santoro, 2010), and mixing rate of freshwater and saltwater (Kroeger and Charette, 2008). They have been detected and measured by geochemistry or molecular biology approaches. Stable isotopes (δ15N) and concentrations of reactive N help understand N behavior in STEs (Kroeger and Charette, 2008) and can also be manipulated as a tracer (Erler et al., 2014). Denitrification rates can also be calculated from STE sediment cores (DeSimone and Howes, 1996; Nowicki et al., 1999). Microbial N transformation can be determined by molecular detection, which involves extracting the microbial DNA from water or sediment samples (Santoro et al., 2006; Rogers and Casciotti, 2010; Hong et al., 2018; Adyasari et al., 2020).
Reactions in the nitrogen cycle in STEs are controlled primarily by microbiology. While at the local scale geochemistry or molecular biology assessment methods exist, regional scale tracers for these processes have yet to be identified. They could be indirectly inferred from STE physical properties (e.g., organic matter content and quality in host sediment, residence time, redox conditions) that control reaction rates and types. One example is the use of hyperspectral imaging to identify phytoplankton and CDOM concentration or total suspended solids (e.g., Brando and Dekker, 2003) and benthic information (e.g., Vahtmäe et al., 2020) in coastal waters if the signal is strong and clear enough given possible depth and turbidity. Lastly, if substantial quantities of gaseous N2 are produced by denitrification, it could be detected by geophysical methods under favorable conditions.
Phosphorus
Phosphorous (P) inputs into terrestrial groundwater are mainly derived from fertilizers, waste and sewage (Slomp and Van Cappellen, 2004), to a minor extent from the mineralization of organic matter (Froelich et al., 1979) or released from minerals as geogenic sources (Kazmierczak et al., 2020; Tao et al., 2020). Geogenic P sources are mostly of local importance and depend on the aquifer mineralogy. In saline groundwater, P is usually derived from the mineralization of organic matter (Froelich et al., 1979). In karstic STEs, where groundwater can reach surface waters via rapid conduit flow pulse, inputs of P are associated with high-intensity rainfall events. In such a system in southern Java (Indonesia), elevated P concentrations were linked to events with high groundwater discharge rates, leading to exceptionally high P inputs into coastal waters (Oehler et al., 2018).
Dissolved P has a high affinity to adsorb at mineral surfaces of carbonates (Gaudette and Lyons, 1980; Burton and Walter, 1990) and iron oxyhydroxides (Einsele, 1936; van der Grift et al., 2014). These minerals can precipitate in STEs, which thereby would reduce the amount of P that is transported via SGD (Pain et al., 2020). In Waquoit Bay, P concentrations are 5–7 times higher in iron oxide rich sands than in the overlying surface sands, indicating how effectively processes in STEs can bind P (Charette and Sholkovitz, 2002).
Phosphorus concentrations along the salinity gradient of STEs usually behave non-conservatively. Elevated P concentrations are often associated with elevated groundwater salinity (Gaudette and Lyons, 1980), e.g., due to desorption from particles (Suzumura et al., 2000), Fe reduction associated with organic matter mineralization, direct P liberation (Froelich et al., 1979), or the release of colloid-bound nutrients (Prouty et al., 2017a). Sporadic P release can also follow occasional saltwater intrusions. Thus, to understand the temporal P transport behavior in an STE, the mobility of the groundwater-seawater mixing zone needs to be known. Depending on the distance to the sediment surface and the SGD flow regime, particulate and dissolved P may be transported to coastal waters (e.g., Lipka et al., 2018). Therefore, the mobility and final release of P to surface waters indirectly depend on redox conditions and the specific composition of the aquifer (Gaudette and Lyons, 1980; Lewandowski et al., 2015).
Phosphorous cycling in the STE is on a local scale best investigated based on the analysis of pore waters and sediments along transects across the terrestrial groundwater end-member through the mixing zone. Porewater analyses should be combined with continuous monitoring of the composition in the pelagic system and complemented by element budgeting. Care has to be taken in separating P in porewater derived from the groundwater against that derived from processes within an STE (Suzumura et al., 2000; Price et al., 2010; Prouty et al., 2017b). Redox conditions in the terrestrial groundwater, as well as the abundance of iron oxyhydroxides and carbonate minerals in the STE sediment need to be known or approximated to estimate the regional scale effect of STEs on P transport and release to the coastal ecosystem.
Sulfur
Subterranean estuaries gain most sulfur (S) from seawater, of which sulfate ([image: image]) is a major constituent. In brackish-marine sediments, microbial dissimilatory [image: image] reduction is the primary anaerobic process responsible for the mineralization of organic matter (Jørgensen, 1982), leading to the formation of dissolved sulfide. Sulfate reduction is also responsible for the oxidative conversion of methane into dissolved carbon dioxide (Boetius et al., 2000). Nevertheless, STEs also receive S from terrestrial groundwater, where dissolved [image: image] may originate from the dissolution of aquifer minerals like gypsum or oxidation of iron sulfides, like pyrite (Zhang et al., 2012). In young water bodies, anthropogenic sources, like acid rain, acid mine drainage and fertilizers, may further enhance [image: image] loads (Clark and Fritz, 1997; Alorda-Kleinglass et al., 2019).
In STEs containing sufficient electron donors, [image: image] reduction might be enhanced and can outcompete methanogenesis (Slomp and Van Cappellen, 2004). These systems can differ substantially in their biogeochemical processes and thereby in their release of climate-relevant gas emissions (Böttcher et al., 2021). Hydrogen sulfide may furthermore be re-oxidized by solid and aqueous species or be precipitated as iron sulfides (Luther et al., 1991; Rickard, 1997), thus acting as a sink for other dissolved metals (Huerta-Diaz and Morse, 1992). Overall, the dissolved [image: image] availability controls the biogeochemical element cycling in the groundwater-seawater mixing zone and specifically the coupled sulfur-carbon-metal cycle. In particular, the coupled stable sulfur and oxygen isotope composition of dissolved [image: image] in the STE pore waters provides information about sources, sinks and cycling of sulfur (Fritz et al., 1989; Zhang et al., 2012) that may even be traced in an impacted shallow water column. Using sulfur isotopes as a tracer will be difficult at the regional scale due to the many involved controls and high sampling effort necessary.
Metals
Dissolved metal concentrations in pore waters of STEs (e.g., Ba, Cd, Cu, Fe, Mn, Mo, Pb, Zn) depend strongly on the mineralogy of the aquifer and may be enriched by anthropogenic contamination (Bone et al., 2007; Knee and Paytan, 2011). Many of the trace metals have particular ecological relevance as (micro)nutrients or toxins (Salt et al., 1995; Beck et al., 2010), and their signatures may be recognizable in near-shore STE sediments (Knee and Paytan, 2011). Submarine groundwater discharge is relevant for marine alkaline earth metal composition (Mayfield et al., 2021), a significant source of rare earth elements to the ocean and could be the missing link in the global distribution of Neodynium (Nd), a key proxy for oceanic water-mass mixing (Johannesson and Burdige, 2007; Chevis et al., 2015; Paffrath et al., 2020). Formation of complexes and colloids, sorption on the surface of particles, ion exchange, and changes in speciation are some of the relevant processes that control metal mobility, reactivity and toxicity (Charette and Sholkovitz, 2006; Waska et al., 2019a). The interactions between solutes and aquifer particles exert a firm control on trace metal transport in STEs and are strongly influenced by redox and pH conditions, salinity, and ligand availability (Knee and Paytan, 2011).
One of the quantitatively most abundant metals in STEs is iron (Fe). Its mobility is highly sensitive to changes in redox milieu and pH (Spiteri et al., 2006). Upon precipitation, iron-oxyhydroxides (FeOOH) and iron sulfides (FeS) provide a substrate for sorption and incorporation of metals, Si, As, DOM, and especially P (Huerta-Diaz and Morse, 1992; van der Grift et al., 2014). Furthermore, a substantial impact of FeOOH precipitation on the fractionation of different DOM fractions was described (Linkhorst et al., 2017). Iron mineral formation in the STE may remove selected trace metals from the aqueous solution (Charette and Sholkovitz, 2002; Charette and Sholkovitz, 2006; Böttcher and Dietzel, 2010) and release them later, when the reactive front may have shifted. Karst systems, in particular, can be efficient pathways for the exfiltration of metal-enriched waters through an STE into the coastal zone due to short aquifer residence times, enhanced flow rates, and a low mineral surfaces to groundwater volume ratio (Knee and Paytan, 2011; Pain et al., 2020).
The use of trace metals to identify SGD in the coastal waters depends on their reactivity in redox and pH gradients. Mn, for instance, remains mobile for some time even under oxic conditions (Kowalski et al., 2012; Winde et al., 2014), whereas Fe is efficiently fixed in the STE. This stability difference leads to fractionation of these metals (Balzer, 1982) and the trace metals that sorb on them. On a regional scale, selected trace metals like Mn or Ba in the water column may help to detect and even quantify SGD in tidal areas (Kowalski et al., 2012; Winde et al., 2014).
APPROACHES TO ASSESSING STE PROCESSES AT THE REGIONAL SCALE
Geochemical Tracers
Geochemical tracers can help to identify locations of STEs as well as processes within them. In general, tracers are characterized by distinct differences in concentrations or isotopic compositions between groundwater and seawater. Salinity or conductivity is a ubiquitous tracer since freshening of coastal ocean waters without a nearby surficial terrestrial source is an indicator of STE influence. However, traces of freshening diminish quickly due to mixing with seawater, and interpretations can be ambiguous due to other potential freshwater sources, such as rain.
Thus, other geochemical tracers with higher sensitivity, i.e., large concentration differences between groundwater and seawater, are applied. These are e.g. the natural radionuclides of radon (222Rn; t½ = 3.8 days; Rn in following) and radium (224Ra; t1/2 = 3.7 days; 223Ra; t1/2 = 11.4 days; 228Ra; t1/2 = 5.75 years; 226Ra; t1/2 = 1,600 years, Ra in the following), which are generally enriched in STE groundwater compared to surface waters. They can provide qualitative and quantitative information on sources and types of water sources to the STE, estimates of seawater residence times in the STE, as well as an overall quantification of the water flux out of the STE (i.e., SGD) into the coastal sea and open ocean (Taniguchi et al., 2019), while the results often include large uncertainties (Rodellas et al., 2021).
In addition to imports by sea- and groundwater, a fraction of the Ra and Rn in STEs pore waters is produced locally in sediment mineral grains by the decay of the radioactive parents Thorium (Th) and 226Ra, respectively. In pore waters with low chloride content Ra is typically immobilized by sorption to clay and Fe and Mn oxide surfaces whereas, at salinities > ∼3 practical salinity units (PSU), it behaves conservatively and can be used to trace water flow paths and fluxes (Webster et al., 1994). As an inert noble gas, Rn is not affected by the chemical composition of pore waters and geochemical reactions within the STE. The Ra and Rn pore water concentration will depend on the thorium/radium content of aquifer sediments, the recoiled efficiency, the residence time (i.e., the time elapsed since the water entered the STE) as well as Mn and Fe redox cycling. As seawater Ra and Rn concentrations usually are low, enrichment of these isotopes in coastal waters can be used to locate water fluxes out of the STE and quantify them in a mass balance approach assuming a known groundwater endmember (e.g., Garcia-Solsona et al., 2008).
A sampling of radionuclides can be done by boat at regional scales (Moore, 2000; Schubert et al., 2019; Stieglitz et al., 2010) (Figure 3). Time series measurements provide information on the temporal component of Ra and Rn fluxes and thus can be used to understand the dynamics of SGD in response to changing boundary conditions such as tides or storm events (Burnett and Dulaiova, 2003; Santos et al., 2009a). However, identifying STEs and associated terrestrial groundwater flux remains very challenging due to overlapping groundwater circulation processes and pathways, which are difficult to differentiate based on Rn and Ra only.
[image: Figure 3]FIGURE 3 | Example of a regional scale Rn survey in Queensland, Australia (Stieglitz et al., 2010). Permission for reprint was provided by the copyright-holder.
The quantification of SGD using Rn and Ra is based on solving a mass balance of these radionuclides, considering all their major sources and sinks. It is usually done on sub-regional scales of up to 100s of meters, with notable exceptions for the Atlantic Ocean (Moore et al., 2008), the Mediterranean Sea (Rodellas et al., 2015) and the global oceans (Kwon et al., 2014). The quantification can be done either assuming a steady-state or using a non-steady-state approach when influxes from the STE are transient (Burnett et al., 2003; Moore, 2003; Hwang et al., 2005; Burnett et al., 2006). The steady-state assumption needs to be critically appraised when analyzing field data used in the mass-balance calculation, especially when using Rn. Turbulent conditions caused by wind and wave action can lead to excessive degassing before and during field campaigns so that the assumption of steady state between source and loss terms is not met. Indeed, it can be difficult to measure any Rn in surface waters following rough conditions. The ‘memory’ effect of variable degassing for the Rn balance tends to be around 5 days, but depends on factors such as water depth. In general, a non-steady state mass-balance together with continuous Rn measurements is better suited to dynamic conditions in the coastal zone (e.g., Santos et al., 2009c; Gilfedder et al., 2015).
The concentrations of tracers in SGD, i.e., the end-member concentrations of Ra and Rn, must be known to translate a mass flux into a water flux. Constraining these end-member concentrations is one of the most critical and uncertain steps of mass balance approaches. Groundwater concentrations may have substantial temporal and spatial variations caused by the heterogeneity of parent isotopes, different groundwater circulation pathways, hydrological and marine forcing, changes of geochemical processes within the STE as well as variability in terrestrial sources (Gonneea et al., 2013; Cho and Kim, 2016; Rocha et al., 2016; Cerda-Domenech et al., 2017). To overcome this problem, averaging a large number of end-member concentration measurements or taking the maximum and minimum end-member concentration to provide an envelope of possible SGD flux rates are common approaches (Moore, 1996; Beck et al., 2007). Nevertheless, the variability in the end-member concentrations remains the primary challenge for reliable quantification of SGD since shortcomings in accounting for the heterogeneity of end-members at local- and regional scales remain unsolved.
On a local scale, seepage meter measurements, as well as water balances, allow independent verifications of radionuclide-based SGD rates (Povinec et al., 2012). However, on regional scales, verifications are still lacking or show systematic differences between tracer and model approaches (Prieto and Destouni, 2011). Nevertheless, Ra and Rn isotopes can be applied to map spatial and temporal changes in SGD, which under certain conditions would be a first indicator for the potential presence of an STE. Ra and Rn isotopes were used in regional scale SGD estimates.
Another isotopic tracer that can be applied for STE studies is the stable isotope composition of water (2H/1H, 18O/16O, here shortly called “water isotopes”), which is a well-established tracer in hydro (geo)logical studies for the quantification of mixing processes and the deduction of water mass sources. Terrestrial groundwater is substantially more depleted in the heavier isotopes than seawater (Gat, 1996; Hoefs, 2018) and contains further information about the integrated meteorological conditions in the recharge area. Therefore, water isotopes are widely used in studies of SGD or STE (e.g., Burnett et al., 2006; Povinec et al., 2011; Rocha et al., 2016; Oehler et al., 2017; Duque et al., 2019). Time series can reveal the variability of terrestrial groundwater inputs on different time scales, particularly in dynamic karst STEs. Although still in its infancy, the extension of stable isotope characterization toward a triple isotope approach considering 17O (resp. 17O excess Sharp et al., 2018) may allow freshwater sourcing on the scale of regional STEs. Minerals formed in the mixing zone may record the parent solution's isotopic signature, providing opportunities for studies of past STE conditions.
Besides the stable isotopes of water, groundwater formed after the early 1960s may contain tritium (3H), which has been used for dating purposes (Begemann and Libby, 1957; Bethke and Johnson, 2008). Meanwhile, the anthropogenic component, the atmospheric contamination of the water cycle by surface nuclear tests, has reached a natural background level. However, combined with its daughter isotope 3He and Ne (Tolstikhin and Kamenskii, 1969; Sültenfuss et al., 2009), tritium still can be used for regional age estimation of the freshwater component in STEs (Röper et al., 2012; Post et al., 2019; Grünenbaum et al., 2020). The accumulation of 4He is furthermore used in older groundwater dating (Bethke and Johnson, 2008). Other noble gas isotopes useful in the hydrogeology of STEs are 39Ar and 85Kr (e.g., Sánchez-Úbeda et al., 2018).
Local-scale geochemical investigation of STEs ideally includes vertical transects through the STE, a detailed physicochemical analysis, and solid-phase profiles from core material for a further microanalysis to identify precipitated authigenic solid phases. Measuring transects along the beach face enables mapping the spatial distribution of the biogeochemical environment, reactions and residence times over distances from tens to hundreds of meters. Larger scale mapping is challenging due to labor-intensive field sampling and increasing heterogeneity of the subsurface at larger scales meaning that extrapolation between transects is difficult.
Different circulation pathways in the STE can also be examined by exploiting the different half-lives of Ra isotopes, ranging from tidal to seasonal time scales. Assuming a steady-state hydrological situation, residence times can be estimated applying a general advective transport model in which the concentration of Ra and Rn in pore waters is a function of the supply of the radionuclides and their loss by decay and advection (Bokuniewicz et al., 2015; Tamborski et al., 2017). One of the main uncertainties in this approach is the lithological composition (mineral content, grain size, porosity) of the STE, which is assumed to be homogenous in space and in time throughout the STE. In reality, however, the heterogeneity in the STE causes a wide range of radionuclide supply rates (Beck and Cochran, 2013). Furthermore, temporally and spatially variable geochemical cycling of Fe and Mn and associated oxides profoundly influence the Ra pore water release (Gonneea et al., 2008). Since Ra is conservative in saline waters only, Ra-based residence times are only meaningful when seawater dominates the circulation through the STE. In contrast, Rn can be applied in both the fresh and brackish parts of the STE but is sensitive to 226Ra distributions in the sediments as the parent isotope. Short term hydrological forcing like tides, wave set-up and induced circulation may also cause non-steady-state situations resulting in biases in residence times estimates. Finally, mixing of waters with different ages can lead to errors in the residence time estimates (which is similar to the real mean age of a water parcel) (Post et al., 2013; Gilfedder et al., 2019). As mixing is a linear process while radioactive decay and radioactive ingrowth are exponential (Bethke and Johnson, 2002), a systematic underestimation of the real mean age can occur if waters of different ages mix. One approach to circumvent this problem is the use of isotope ratios like, e.g., 224Ra/223Ra. This method is very accurate if one water mixes with another one having zero activity (e.g., negligible Ra in freshwater) but does not work if the age difference between the water masses is large.
Residence time measurements tend to be point measurements at specific times. Verification of residence times based on radioisotopes is complicated to obtain. Comparing Ra- and Rn-based residence times may be one approach (Tamborski et al., 2017). Alternatively, pore water residence times may be compared to those derived by the ratio of water volume in the STE and the water flux out of the STE (Colbert et al., 2008).
Ra and Rn isotopes can be combined with other tracers, such as temperature (Cranswick et al., 2014), salinity (Example in Figure 3), or dissolved silicon (DSi) (Waska and Kim, 2011; Oehler et al., 2019b). Since DSi behaves rather conservatively during transport through the STE, it can be used to trace processes that change other solutes in groundwater in STE, such as N or P (Oehler et al., 2019b). Another example is the combination of CO2 measurements and Rn measurements (e.g., Cyronak et al., 2014; Santos et al., 2015; Macklin et al., 2019). While this ties CO2 concentrations to SGD intensity, it does not yet differentiate if the CO2 is a product of STE processes or if the coastal groundwater just has elevated CO2 concentrations that originated from the terrestrial groundwater. Similarly, CH4 was combined with Rn as a tracer of SGD (Cable et al., 1996; Dulaiova et al., 2010) but could also be used for tracing processes in STE that generate CH4. Using C stable isotopes as a tracer (Winde et al., 2014; Donis et al., 2017) and considering elemental mass balances (Deines et al., 1974) may be a successful approach.
The measurement of chemical tracers of STE processes at larger scales is associated with the problem to observe and measure the parameters with sufficient temporal and spatial resolution to resolve the underlying processes. Because tracer concentrations are modified upon emerging from the subsurface, sensors near the sea bottom are best suited to detect STE processes. The metabolites of typical benthic biogeochemical anaerobic OM degradation processes, like Mn2+ and [image: image], may, after benthic-pelagic coupling, survive the oxidation within the oxic water column for some time (Kowalski et al., 2012; Winde et al., 2014). Since some liberated trace elements will be reoxidized and sorbed to suspended particles, regional investigations will have to consider both the dissolved and the solid phases (Kowalski et al., 2012). Whereas the dissolved substances may be detected using discrete or continuous sampling techniques (Petersen et al., 2011; Kowalski et al., 2012), solid-phase sampling for geochemical analysis is limited to discrete sampling. Measurements can also be performed by autonomous underwater vehicles, which could automatically trace signals, like temperature, conductivity or Rn-isotopes, of groundwater discharge and scout for STEs (Tholen et al., 2019).
New combinations of sensors would help to detect STEs. Optical spectrometers in the UV-visible range of the light spectrum can be used to determine the concentration of nitrate, nitrite, HS−, humic acids or DOC rapidly and without the use of reagents. It is to be expected that the optical absorption spectra will allow identifying water influenced by STEs. Sensors for the oxidation-reduction-potential (or, when referenced to the potential of a Standard Hydrogen Electrode, Eh) have been used for the estimation of concentrations of redox-sensitive elements in the redoxcline of the Baltic Sea (Meyer et al., 2014) or detecting hydrothermal plumes in the deep ocean (e.g., Baker et al., 2005). Combining several sensor types should allow the detection of STE signals in waters close to the bottom.
Geochemical tracers can help to regionally assess the amounts of SGD and point to the presence of STEs. They can also be applied at the local scale to draw quantitative conclusions about residence times in STEs and thus infer information about their reaction kinetics. At the regional scale, discrete and continuous measurements can be done. Still, these measurements will consist of discrete sampling points, and the feasibility of sampling will limit their resolution and coverage, which needs to be scaled according to the variability of the processes and tracers considered.
Ecological Tracers
Biodiversity in terrestrial groundwater recently received increased scientific attention (e.g., Hancock et al., 2005; Humphreys, 2008). Environmental gradients affect marine organisms in coastal waters. N and P are growth-limiting nutrients for most phytoplankton and macrophytes species that form the primary producers of the marine food web. Externally added nutrients alter the cycles of energy-flow between the pelagic and benthic zones, changing the community structure and population dynamics of both pelagic and benthic systems (Johannes, 1980; Sugimoto et al., 2017; Grzelak et al., 2018). A similar adaption to an increase in the concentration of nutrients can also be observed in the case of changes in other physical or chemical parameters of the environment: salinity, amount of light in the water column, amount of C species, heavy metals, O2 concentration, the presence of hydrogen sulfide, or changes in pH. For example, observed changes in the chemical composition of bioavailable C in the Yucatan coastal waters result in lower coral cover, smaller size and reduced species richness (Crook et al., 2012). Benthic meio- and macrofaunal organisms may react to changes in the environment. Differences in benthic microbiology were observed in STE compared to purely saline beach waters, but little is known about microbial communities in STE (Santoro et al., 2006; Santoro et al., 2008; Santoro, 2010; Adyasari et al., 2019a; Adyasari et al., 2020). Thus, depending on location or environmental factors, STE may change species richness and diversity of meiofauna (Kotwicki et al., 2014; Encarnação et al., 2015; Welti et al., 2015; Grzelak et al., 2018). Similarly, macrofaunal communities can respond; their biodiversity can increase due to food supply (Waska and Kim, 2010; Pisternick et al., 2020) or may be reduced due to salinity stress or changes in pH (Zipperle and Reise, 2005; Migné et al., 2011; Utsunomiya et al., 2017). However, while the named ecological responses can highlight an STE presence, they will be hard to interpret as tracers of processes within that STE.
Since the impact of microbially mediated biogeochemical processes in the physicochemical gradients of STEs can be diverse (e.g., Beck et al., 2011), it is useful to apply the established methods to study the communities of organisms and associated biogeochemical processes occurring in the entire ecosystem. Methods of assessing abundance, activity, biomass and diversity include taxonomic phytoplankton analyses in water samples, fauna and microbial activity analyses in sediment cores, or fish assessment in the water. For ecological studies on the impacts of processes in STEs, these methods are combined with thermal infrared cameras or Ra/Rn tracing (Sugimoto et al., 2017; Grzelak et al., 2018). Simultaneous measurements of 222Rn with other biological parameters allow assessing the reaction of biota activity on products of STEs (Taniguchi et al., 2019). Stable isotopes of N and C can also be used to trace STE products in the food web. Several studies have traced the behavior and fate of groundwater DIN using the isotope δ15N of seagrass and macroalgae (Winde et al., 2017; Andrisoa et al., 2019) and gradients in the stable carbon isotope ratio between fresh and marine end-members (Gramling et al., 2003; Winde et al., 2017).
Consistent integration of hydrographic and biogeochemical research with bio-monitoring, elementary approaches and stable isotope analyses while considering higher trophic levels like fish and trophic flows in coastal ecosystems would enable the estimation of the direct impact of processes in STEs on ecosystems. While not yet done, specific species may have the potential to indicate STE processes in specific environments. Research in this direction is emerging (Lecher and Mackey, 2018), but additional knowledge is required before ecology can be used as a tracer for STE processes.
Geophysical Methods
From a geophysical perspective, the changes of physical and geochemical conditions under the seafloor associated with the presence of STEs are detectable by measuring properties such as electrical conductivity (EC), acoustic impedance (AI), or temperature. STEs can affect 1) the seafloor itself, e.g., its morphology, 2) the sediment or rock below it and 3) the properties of the water column, e.g., turbidity or sea-surface temperature.
At the local scale, geophysical methods can delineate the shape of an STE in detail. The EC difference between the terrestrial groundwater and saltwater is the most prominent parameter for local scale geophysical STE observation. The EC of freshwater varies depending on the total amount of dissolved ions, and literature puts it below 300 μS/cm (Kirsch, 2006), 1,000 μS/cm (Jiao and Post, 2019), or 2000 μS/cm (Langguth and Voigt, 2004). The EC of surficial seawater is orders of magnitude higher, > 40,000 μS/cm, depending on the temperature and thus latitude (Tyler et al., 2017). However, mineral grains, clay aggregates and organic matter in the STE also affect EC and need to be considered. Particularly sediment porosity and clay content strongly influence the overall EC of the bulk (rocks plus groundwater) volume (Archie, 1942). The high EC of clay leads to the general challenge of distinguishing freshwater saturated clays from brackish water saturated sands that may have very similar EC values. Gamma radiation of potassium, thorium and uranium at the surface helps to distinguish between clayey and sandy sediments (Siemon et al., 2020), as does an acoustic impedance contrast that seismic methods can show.
Many approaches that use electromagnetic fields (EM) emitted and detected by coils are available to represent subsurface properties (frequency-domain EM, time-domain-EM and slingram/ground-conductivity meter: Kirsch, 2006). Frequency-domain (sinusoidal transmitter currents) and time-domain EM (on/off transmitter currents) are typically used to obtain depth resolution at a single measurement point or along transects (Auken et al., 2003). Moving ground-conductivity meters are used for fast lateral mapping of EC but with limited depth resolution (e.g., De Smedt et al., 2013). Locating freshwater and thus STEs, at the regional scale can be realized using airborne or ship-based EC measuring methods.
Airborne methods use helicopters or fixed-wing aircraft to carry the geophysical systems at about 20–100 m above ground, covering 100–200 km of profiles or typically 10–50 km2 per hour (Figure 4). In airborne EM, frequency-domain systems focus on near-surface (1–100 m) investigation of the spatial bulk EC (Siemon et al., 2015; Siemon et al., 2019; Siemon et al., 2020), whereas time-domain systems enable some deeper (5–500 m) investigation (Siemon et al., 2009; Steuer et al., 2009), depending on the conductivity distribution of the subsurface. Apart from electrical conductivity or resistivity, airborne radiometry maps the gamma radiation of the upper few decimeters of the surface (Wilford et al., 1997; IAEA, 2003). This technique has not yet been applied toward Ra/Rn concentrations in seawater but might be a pathway forward to map those isotopes with broader spatial coverage. Besides, semi-airborne methods using a ground-based transmitter and a helicopter-borne receiver have been developed recently to increase the penetration. While deep penetration is less important for STE investigation, UAV-based concepts can supplement the helicopter by a drone carrying the EM sensor in the future and hopefully enable cheaper investigations at the several kilometer scale. Finally, ship-based EM measurements have been applied to detect SGD (Müller, 2010; Müller et al., 2011).
[image: Figure 4]FIGURE 4 | Resistivities at 20 m below sea level derived from HEM inversion models indicating sandy and clayey areas, freshwater lenses on the islands of Langeoog and Spiekeroog and groundwater flow (dashed arrows) towards the Wadden Sea. The sea dyke is indicated by a dotted black line (data from BGR, 2017, background topographic map: BKG, 2012).
Another EC method is electrical resistivity tomography (ERT), which, on land, uses steel electrodes pinned to the ground measuring the resistivity (the reciprocal of electrical conductivity) of the sediment by injecting a direct current (Stieglitz, 2005; Swarzenski et al., 2006). ERT has been used to observe the saltwater recirculation zone (Morrow et al., 2010) and its temporal changes (e.g., Johnson et al., 2015; Sutter and Ingham, 2017). ERT also can detect induced polarization effects caused by iron oxides (Mansoor and Slater, 2007). While this has not yet been applied to STEs, it could analyze Fe-cycling in the mixing zone. Measurements of magnetic-resonance also provide information on iron oxides and their concentrations (Keating and Knight, 2007; Costabel et al., 2018) and provide subsurface porosity and hydraulic conductivity (e.g., Müller-Petke and Yaramanci, 2015).
Marine ship-based measurements of ERT tow floating or submerged streamers behind a boat (Manheim et al., 2004; Day-Lewis et al., 2006; Hermans and Paepen, 2020). A profile of 5 km length can be measured in 1 h, but the conductive seawater limits penetration depth and therefore, streamer lengths of several hundred meters are needed to achieve sufficient penetration depth.
Seafloor morphological SGD proxies, such as pockmarks (e.g., Hoffmann et al., 2020), submarine terraces (Jakobsson et al., 2020), and depressions in carbonate rocks (Oehler et al., 2019a), are visible in the bathymetry. There are several techniques available to map the seafloor. Sidescan sonar data can reveal the location of pockmarks (e.g., Schlüter et al., 2004; Virtasalo et al., 2019), and echo sounders generally can also be applied for this task (Feldens et al., 2018; Papenmeier et al., 2020). Multibeam echo sounders provide high lateral coverage across-track on the seafloor, which is several times the water depth, enabling a fast mapping of larger scales.
Obtaining information on the geological structures by using high-resolution seismic profiling can be relevant for delineating the geometry of STEs (Mosher and Simpkin, 1999). The resulting image shows the reflection amplitudes and times (or depths) resulting from material interfaces with an impedance contrast, where the acoustic impedance is the product of bulk density and compressional velocity. Seismic profiles can be measured simultaneously with geoelectric streamers providing the same estimated profile length of 5 km per hour.
Geophysical methods also allow analyzing biogeochemical processes that occur within STEs, since some products can be identified. Shallow free gas accumulations (e.g., CH4, N2) can be mapped on larger scales using multibeam echo sounders. Gas is visible as acoustic blanking, bright spots, acoustic turbidity, or gas chimneys in seismic data (Hovland and Judd, 1988; Judd and Hovland, 1992). Free gas can have multiple origins in the ocean, so SGD does not necessarily cause its occurrence. However, gas-related features along the Belgian coast (Missiaen et al., 2002), in Brazil, Argentina and South Africa (Weschenfelder et al., 2016) and the North Yellow Sea (Wang et al., 2018) were linked to localized groundwater discharge.
Finding transfer functions linking discrete biogeochemical data and continuous geophysical methods is a promising methodology to extrapolate STE processes to the regional scale. In particular, methods going beyond the “classical” mapping of resistivity (Figure 4), which would allow to spot offshore freshening of pore water and thus STEs, have only rarely been applied to characterizing biogeochemical processes in STEs but show a substantial potential. A critical challenge is integrating local information into regional mapping by connecting different scales (point-like measurements, ground-based spatial information, airborne and satellite). Recent developments allow to include point-like or drilling information into ground-based geophysics using different concepts (e.g., Wunderlich et al., 2018) and coupling ground-based geophysics with airborne data (Dickson et al., 2014), providing perspectives for regional-scale assessments that are unviable based on ground-based measurements alone.
Remote Sensing
Remote sensing provides spatially continuous information on a scale from 101 to 109 m2 (Böttcher et al., 2021), depending on the platform (ground-based application, remotely operated vehicle, uncrewed erial vehicle (UAV), kite gyrocopter, airplane, satellite). The chosen scale constrains the ground resolution (ground sampling distance), which may vary between 100 to 102 m. Scale and ground resolution intrinsically determine which STE indicator may be observed (Böttcher et al., 2021). Diffuse discharging groundwater is unlikely to be observed using satellite-based remote sensing, but can be observed with close-range applications or UAVs. However, the effort to cover regional scales is unequally larger for UAVs than for airplane- or satellite-based applications. Given the negligible depth penetration of remote sensing earth observation techniques in most situations, remote sensing can only investigate STE processes indirectly through its surface expressions. Remote sensing can detect terrestrial SGD, map seafloor and coastline morphology to find potential STEs, indicate hydrogeological STE characteristics, and identify STE processes by, e.g., classifying submerged aquatic vegetation that may be influenced by STEs.
Available sensors cover a wide range of the electromagnetic spectrum and can detect/differentiate surface properties that may act as indicators for STE processes or characteristics. The most commonly applied sensor in STE investigations is the thermal infrared (TIR) sensor, which can exploit temperature differences between seawater and terrestrial groundwater at the sea-surface (Figure 5). TIR detects groundwater inflow locations by identifying a thermal anomaly based on mono-temporal investigations (Fischer et al., 1964; Mejias et al., 2012; Wilson and Rocha, 2012; Kelly et al., 2013; Mallast et al., 2014; Xing et al., 2016), or multi-temporal investigations (Schubert et al., 2014; Oehler et al., 2018), and can be used to quantify freshwater fluxes given in-situ reference data of currents and bathymetry (Roseen, 2002; Johnson et al., 2008; Danielescu et al., 2009; Tamborski et al., 2015). The extent and shape of sea-surface temperature anomalies can indicate specific STE processes and characteristics (Chen, 1991; Jirka, 2004). Elongated anomalies oriented perpendicular to the coastline (Shaban et al., 2005) or extensive areas of thermal anomalies (Kelly et al., 2013) point to focused groundwater discharge at a high rate, suggesting a low residence time in STEs. Areas with smaller anomalies close to the coastline distributed over tens of meters alongshore (Tamborski et al., 2015) suggest diffuse discharge. The former is typical for karst or volcanic aquifers from which groundwater discharges along conduits, whereas the latter is commonly associated with sedimentary aquifers. Since higher temperature differences and distinct anomalies are easier to measure by TIR sensors, focused, high-volume discharge is more easily detected than slow, diffuse discharge.
[image: Figure 5]FIGURE 5 | TIR map displaying an area of cool diffuse seepage of terrestrial SGD that indicates an STE (Tamborski et al., 2015). Permission for reprint was provided by the copyright-holder.
Besides thermally identifying terrestrial groundwater discharge, remote sensing can classify benthic microbiology (e.g., Kazemipour et al., 2012) and submerged aquatic vegetation, which has been found to allow inferences about STEs (e.g., Leitão et al., 2015; Welti et al., 2015). While these observations are connected to local scale in-situ investigations, optical remote sensing using multi- and hyperspectral sensors (Klemas, 2016) has successfully been applied in shallow waters but not yet linked to potential terrestrial groundwater influence.
The relationship between STE characteristics indicated by seabed morphology and even operationally provided seafloor maps over regional scales using air- and satellite-borne platforms is similarly unexploited (Siermann et al., 2014; Eugenio et al., 2015). Remotely sensed bathymetry would allow a first-order approximation of potential pockmark sites. Since one of the forces that can produce pockmarks is fluid flow (Hovland et al., 2002), which can be an STE defining process, pockmarks can be seen as hinting toward the potential existence of STEs. Coastline morphology can be shaped by the same processes and may represent a similar indicator (Johannes, 1980).
A drawback of remote sensing methods is that it is challenging to link discrete, in-situ measurements to remote sensing data that integrate a multitude of effects other than those caused by an STE presence (e.g., ocean currents, chlorophyll presences). This weakness calls for a multi-scale approach (Lausch et al., 2013) in which an identified STE location is observed synchronously and over long periods with an appropriate in-situ sensor array and various airborne to satellite platforms covering different spatial scales. Such long-term sites could be associated with coastal observatories (Schofield et al., 2003) equipped with sensors to measure, e.g., turbidity, EC, pH, oxygen level, and thus be investigated through interdisciplinary approaches (Mollenhauer et al., 2018).
Second, since the temporal variability of the STE-associated processes is high, an interesting approach would be to have a TIR remote sensing approach that enables a multi-temporal observation possibility. The recent advance of UAVs do provide such a possibility, as shown in Mallast and Siebert (2019), but cannot cover a regional scale simultaneously. The revisiting times will be reduced for Landsat with the launch of Landsat-9 in spring 2021 and the Indian-French THRISHNA mission, whose launch is planned for 2024 (Lagouarde et al., 2018). Nano-to mini-satellites can even revisit individual locations several times per day (Van Ryswyk, 2020). If these vehicles would also carry a TIR sensor and resemble a similarly very high ground resolution of <3 m, a regional to global scale localization of SGD sites and thus STE locations could become possible.
Hydrogeological Modeling
Another way to investigate STEs is through reactive transport models (RTMs), which remains underutilized in STE research (Robinson et al., 2017). Published modeling studies analyzed STEs as a high reactivity zones for, e.g., organic contaminants, nitrate and sulfate (Robinson et al., 2009; Anwar et al., 2014; Kim et al., 2017). The extent to which reactions proceeded was dependent on the degree of dispersive mixing and residence time in the STE, which was controlled by hydrological boundary conditions, such as terrestrial groundwater flux, beach slope and tidal amplitude. Another modeling study also showed the importance of dispersive mixing in STE on organic contaminant removal from groundwater (Nick et al., 2013).
The RTMs mentioned above provided process understanding but lacked confirmation by field data. There are only two field sites where RTMs and observations were integrated. The studies at Waquoit Bay by Spiteri et al. (2008a), Spiteri et al. (2008b), and Spiteri et al. (2008c), formed the earliest applications of RTMs of the STE and showed that the pH change at the interface between terrestrial groundwater and the lower saltwater wedge is an essential factor that controls the oxidation of Fe2+ and subsequent adsorption of land derived phosphorus (Spiteri et al., 2008a). Further, model results suggested that enhanced nutrient turnover occurs close to the SGD exit point due to high transverse dispersive mixing of oxic and anaerobic groundwater, resulting from converging groundwater flow toward the sea (Spiteri et al., 2008b; Spiteri et al., 2008c). The other site where model simulations were used to support field data interpretation is at Cape Henlopen, Delaware, USA (Kim et al., 2017). At this site, the field data showed that aerobic respiration led to a depletion of oxygen within the upper saline plume and that nitrate concentrations were lowest where ammonium and particulate organic carbon were highest. Even though their numerical model was able to simulate the general spatial O2 and N2 concentration trends, discrepancies remained evident, which the authors attributed to uncaptured heterogeneity and transient processes, as well as the omission of iron and sulfate reduction processes in the model. Thus, this is an example of the difficulties to model STEs due to their high spatial complexity. Modeling can also be applied in combination with isotopic data to elucidate reliable dating information on the STE water age (Bethke and Johnson, 2008; Post et al., 2019), which could provide information for reaction rates.
It is unlikely that numerical, reactive transport models of biogeochemical reactions in STEs can be applied with any reasonable expectation of success at the regional scale. The first reason is that the computational resources required will remain prohibitive in the foreseeable future. The second and perhaps foremost reason is that the input data requirements are unattainable at the regional scale due to the high spatial and temporal variability of STEs. Therefore, regional-scale models of STE nutrient transformations will have to rely on simplified process representations that can be parametrized with input data obtainable at a reasonable effort and cost. There are several essential questions to consider, including: What is an appropriate spatial level of heterogeneity for capturing regional scale processes that could be similar to the representative elementary volume (REV) concept for groundwater flow (cf. Freeze, 1975)? How can processes be integrated along the vertical dimension? How to account for local-scale variability? What is the temporal variability at the intra- and inter-annual scale? Can coastal landscape units be classified according to their geochemical reactivity?
Concerning the last question, one feasible approach to upscale modeling of STE processes might be to identify distinctive zones where controlling factors on the reactions are relatively uniform and then use small-scale model information to extrapolate to a regional-scale area. Working with distinctive uniform zones would imply a classification (e.g., Bokuniewicz et al., 2003). However, levels of homogeneity representative for larger areas are not yet adequately defined, as is the answer to whether and how small-scale temporal variations extrapolate into a larger scale. The terrestrial component of SGD was already modeled at the regional scale (Jarsjö et al., 2008; Befus et al., 2017; Hajati et al., 2019) and global scale (Zhou et al., 2019; Luijendijk et al., 2020) using similar approaches. These models produce spatially explicit estimates of terrestrial SGD that is a necessary prerequisite for STEs. Local scale RTMs highlight the importance of understanding mixing (hydrodynamic dispersion) and sediment organic carbon content, so it would seem reasonable to expect that these at least will have to be accounted for at the regional scale as well. Both are linked to sediment heterogeneity (regarding hydraulic properties and geochemistry) and the variability of hydraulic gradients so that the starting point would be a deterministic understanding of the longshore geological variability and a mechanistic description of the driving forces.
Data products of sufficient quality that represent controls of STE processes are required to model STE processes on the regional scale. The amount of data available at a global scale and high resolution is quickly increasing, but many aspects are not yet adequately covered. Foremost, since STEs occur along the coast, a high-resolution coastline is necessary and available (Sayre et al., 2018). STE sediment properties can be represented by recent datasets focusing on coastal sediment heterogeneity (de Graaf et al., 2017; Zamrsky et al., 2020). Other datasets focusing on the terrestrial aquifer (Gleeson et al., 2014) or marine sediment thickness (Straume et al., 2019) and its properties (Dutkiewicz et al., 2016) are hardly useable at the coast due to their global focus and low spatial resolution. Additional hydrogeological background knowledge would be, e.g., tectonic activity or stress maps, where areas of high tectonic activity would contain more faults and thus more potential pathways for groundwater.
Mixing intensity and processes in STEs will also be controlled by the amount of freshwater discharging (Luijendijk et al., 2020) or the amount of seawater recirculating (Mayfield et al., 2021). Water quality of the incoming freshwater is not known at a global scale, but, as a first crude guess, could be inferred by proxy, e.g., from land-cover (e.g., Arino et al., 2007) or soil (FAOIIASA, ISRIC et al., 2009) datasets. Another option would be to extrapolate from datasets of multiple local groundwater quality measurements (e.g., NAWQA from USGS). In any case, groundwater quality is far less constrained than aquifer properties at large scales. Synthesized data sets of geological and geochemical properties of the subsurface below the seafloor on a regional scale are virtually absent.
Any of the large-scale datasets available have problems resolving the spatial heterogeneity of coasts, so the resulting estimates will not be applicable at the local scale (Geng et al., 2020) but provide first-order estimates for larger scales. This problem is not unique to the coast (e.g., Moosdorf et al., 2010) but amplified by the steep gradients in that setting. Given that the uncertainty of any model-based estimate is going to be very large, rather than focusing on the accuracy of the absolute numbers, it would be preferable to develop approaches that reveal the lateral differences. Such an approach would allow the ranking of different areas in terms of their effect on the coastal systems, highlighting hotspots to be targeted by more detailed investigations or specific measures.
CONCLUSIONS AND PERSPECTIVE
This review of biogeochemical processes in subterranean estuaries highlighted the spatial and temporal variability of these systems. Their reactions and corresponding rates depend on the hydrology of the STEs and the chemical composition of sediments and source waters (terrestrial groundwater and seawater). These controls have to be constrained to budget the processes within STEs and estimate the regional scale effects of STEs.
Characterizing STEs at the regional scale can be achieved through their products (Figure 6). The first step of estimating STE activity at a regional scale is to identify locations, amount, and the general extent of STEs. Locations can be identified through continuous measurements of geochemical tracers, e.g., electrical conductivity or Ra/Rn isotopes in the ocean. Biological indicators can point to the existence of STEs. Geophysical methods can provide information about freshened pore water and gas occurrences below the seafloor. Hydrogeological modeling can also estimate the flow behavior, but the necessary data are usually not available to represent larger areas in numerical 3D models realistically. Remote sensing information, for example, TIR images, can additionally show thermal signatures of freshwater influx. Combining observational methods from different disciplinary backgrounds, paired with modeling and hydrogeological data, is most promising for a regional scale effort to locate STEs.
[image: Figure 6]FIGURE 6 | Consequences of hydro (geo)logical and biogeochemical processes in STEs that can be used for extrapolation to the regional scale.
Products of biogeochemical processes can be used to trace processes occurring in STEs (Figure 6). These products can be specific chemicals, like, e.g., CO2, N2 gas or Mn2+, but also isotopic tracers like δ13C in DIC, δ18O and δ15 N in nitrate, as well as δ2D and δ18O in water. With geophysical methods, gaseous products of STEs can be identified, as well as iron oxides in the sediment, which are an essential control on the biogeochemistry of STEs. Remote sensing allows tracing changes in sea bottom that could indicate properties of the STEs in some cases. Nevertheless, since processes in STEs are spatially and temporally highly variable, discrete in-situ observations of specific STE products (e.g., CO2, N2, or Mn2+) need to be combined with temporally and spatially continuous and temporally higher resolved data (e.g., remote sensing) using transfer functions.
Reactive transport models (RTM) can act as temporal and spatial link between discrete local scale in-situ measurements and spatially continuous regional scale data to extrapolate STE processes onto larger scales. To account for the high variability, quantitative local scale measurements will have to be combined with the concept of representative elementary volume (REV) based on regional-scale data sets such as from geophysical measurements or maps containing hydrogeological information. An RTM would represent each REV to quantify fluxes at scales relevant to the coastal zone and coastal zone management. On that basis, it would be even possible to sort STEs in classes when discussing their regional impact. Particularly, STEs with diffuse porous flow need to be distinguished from STEs in conduits, e.g., in karstic or volcanic settings.
A combination of methods from the presented disciplines promises a pathway toward regional scale estimates of processes in STEs and their impact on land-ocean matter fluxes. That impact may be substantial since local scale studies strongly hint toward their relevance. The processes are known; the products are known; the methods are available. Now is the time to combine methods across disciplines and understand these critical processes.
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Intrusion of saltwater into freshwater coastal aquifers poisons an essential resource. Such intrusions are occurring along coastlines worldwide due largely to the over-pumping of freshwater and sea level rise. Saltwater intrusion impacts drinking water, agriculture and industry, and causes profound changes in the biogeochemistry of the affected aquifers, the dynamic systems called subterranean estuaries. Subterranean estuaries receive freshwater from land and saltwater from the ocean and expose this fluid mixture to intense biogeochemical dynamics as it interacts with the aquifer and aquiclude solids. Increased saltwater intrusion alters the ionic strength and oxidative capacity of these systems, resulting in elevated concentrations of certain chemical species in the groundwater, which flows from subterranean estuaries into the ocean as submarine groundwater discharge (SGD). These highly altered fluids are enriched in nutrients, carbon, trace gases, sulfide, metals, and radionuclides. Seawater intrusion expands the subterranean estuary. Climate change amplifies sea level variations on short and seasonal time scales. These changes may result in higher SGD fluxes, further accelerating release of nutrients and thus promoting biological productivity in nutrient-depleted waters. But this process may also adversely affect the environment and alter the local ecology. Research on saltwater intrusion and SGD has largely been undertaken by different groups. We demonstrate that these two processes are linked in ways that neither group has articulated effectively to date.
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INTRODUCTION: SALTWATER INTRUSION AND SUBMARINE GROUNDWATER DISCHARGE

Saltwater intrusion, the landward excursion of seawater in coastal aquifers, has been recognized since the 19th century as water in impacted aquifers became non-potable (Werner and Simmons, 2009). Extensive efforts have aimed to understand and eliminate this problem; nevertheless, groundwater salinization is accelerating along many coastlines. The primary cause of saltwater intrusion is over-pumping of fresh groundwater from coastal aquifers, thereby reducing the hydrostatic pressure and drawing saltwater into the aquifer. The source of the saltwater may be the ocean or relic saltwater residing deeper in the aquifer or in an adjacent aquifer. As little as 1% seawater will render groundwater non-potable by taste.

Besides over-pumping, other factors exacerbate saltwater intrusion. Sea level rise alters the hydrostatic balance between the aquifer and the coastal ocean. A massive sea level rise at the end of the last glacial period inundated continental shelves worldwide and drove seawater into coastal aquifers. On a coastal plain with a slope of 1:1000, a 10 cm rise in sea level can lead to a 100 m inland intrusion of seawater into the aquifer (Werner and Simmons, 2009). Future sea level rise of a meter or more during this century (Hansen et al., 2016) will further intensify the expansion. Processes that channel precipitation into surface runoff rather than groundwater recharge also exacerbate saltwater intrusion. These processes include canal construction to drain freshwater coastal wetlands, sewers to drain golf courses, and the replacement of permeable surfaces with impermeable surfaces linked to sewers, e.g., roads, parking lots, buildings. Additionally, pier and bridge construction, installation of pilings for buildings, and harbor dredging may breach confining layers above coastal aquifers, allowing seawater to invade the aquifer. These human impacts are significantly altering coastal aquifers across the globe, accelerating saltwater intrusion at unprecedented–and largely unrealized–rates (Werner et al., 2013).

Most of the concern with saltwater intrusion focuses on the universal needs of local populations for potable water as well as demands from industry and agriculture for freshwater. As such they focus on sodium and chloride. Here we examine additional consequences of saltwater intrusion into coastal aquifers, namely desorption of adsorbed ions and the plethora of reactions linked to sulfate reduction.

During the past 25 years, considerable research, (summarized by Burnett et al., 2003; Moore, 2010; Jiao and Post, 2019), has advanced knowledge of the regulation, dynamics, and biogeochemical importance of submarine groundwater discharge (SGD). Bratton (2010) described three scales of SGD including nearshore and embayment scale processes as well as discharge throughout the continental shelf. Though SGD and seawater intrusion may seem intuitively to be opposing processes, Taniguchi et al. (2006) recognized that they are, in fact, complementary. Much of the seawater that intrudes into the aquifer actively circulates between the aquifer and the ocean in response to periodic forcing functions, including tides (Moore et al., 2002; Robinson et al., 2007), storms (Wilson et al., 2011), persistent wind events (George et al., 2020), seasonality in precipitation and recharge (Michael et al., 2005), seasonality in sea level (Wahl et al., 2014), and seasonality in freshwater withdrawal (Moore, 1999). The water discharging as SGD has a radically different chemical signature compared to the fresh or saltwater that entered the aquifer (Moore, 1999, 2010). Thus, SGD is not simply fresh groundwater flowing into the ocean; instead, it represents a mixture of saltwater and freshwater containing the byproducts of intense biogeochemical reactions between the fluids and aquifer solids.



SUBTERRANEAN ESTUARIES

To emphasize the processes of saltwater-freshwater circulation and reactions with aquifer solids, these affected coastal aquifers are called subterranean estuaries (Moore, 1999). The concept of subterranean estuaries frames coastal aquifers as a dynamic biogeochemical analog of surface estuaries, where fresh water, particles and ocean water mix, fueling a plethora of biogeochemical dynamics and generating unique biogeochemical signatures. Fluids within subterranean estuaries become enriched in the products of biogeochemical reactions, including nutrients, carbon (dissolved inorganic and organic), hydrogen sulfide and other trace gasses, reduced metals, and radionuclides (Moore, 2010). Through SGD, these dramatically altered fluids are delivered to surface estuaries and the coastal ocean. Well over 100 studies focusing on the role of SGD in supplying nutrients, carbon, and metals to coastal waters have concluded, in large part, that SGD is a more important source of these materials than local rivers (Moore, 2010).

Moore (1999) coined the term “subterranean estuary” to help explain why the circulation of seawater through coastal aquifers was important. At the time many scientists equated SGD with subsurface flow of freshwater into the ocean. In a comment to Moore (1996); Younger (1996) argued that if SGWD (now called SGD) is largely of marine origin, its input to the ocean is “unremarkable.” Because there is a vast estuarine literature, it is easy to convey why the circulation of brackish water within a surface estuary is important: It creates unique environments for a wide array of organisms and accelerates biogeochemical processes. By tapping into the estuarine literature, Moore (1999) was able to convey the importance of circulation through the subterranean estuary and the reactions of salty groundwater with the solids in the system, thereby creating unique environments rich in nutrients, carbon and metals. This concept drew the attention of coastal scientists and many chose to explore this system.

Some have argued that there is no need for the term “subterranean estuary” because this term is already described by hydrologists as a “transition zone” within a coastal aquifer (Jiao and Post, 2019). They consider the term “confusing and misleading” by wrongly stating that subterranean estuary means “subsurface river mouth.” The confusion is due to their misunderstanding of the term “estuary,” which they claim must be located at a river mouth. This is not the case. The most widely used definition of estuary by scientists who study them is: “A semi-enclosed coastal body of water which has a free connection with the open sea and within which seawater is measurably diluted with fresh water derived from land drainage” (Pritchard, 1967). Thus, a coastal bay that has measurable freshwater land drainage is considered an estuary; a river is not required. Of the four geomorphologic classes of estuaries (Duxbury, 1977; Saegar, 2012), three do not necessarily occur at river mouths. Bar-built estuaries are semi-confined by offshore islands or sandbars. They usually have low surface freshwater flow and high SGD flow, such as Pamlico and Albemarle Sounds along the North Carolina, United States, coast and Port Royal Sound on the South Carolina, United States, coast (Crotwell and Moore, 2003). Fjords are associated with coastlines where glaciers scoured deep valleys during low sea level stands. Continued glacial melt on the surrounding countryside and in some cases river input dilutes the fjord salinity. Fjords abound on the Greenland and Scandinavia coasts. Tectonic estuaries such as San Francisco Bay may or may not be associated with a river mouth. With the increased recognition of SGD, Conley et al. (2000) proposed redefining an estuary as “a partially enclosed body of water open to saline water from the sea and receiving freshwater from rivers, land run-off or seepage.” On Hawaii there are few significant rivers, but there are many estuaries including harbors, coves and fishponds that derive freshwater from SGD (Johnson et al., 2008; Adolf et al., 2019). Equating surface estuaries with river mouths is incorrect. By extension a subterranean estuary need not be located only at a river mouth.

In addition to “transition zone” Jiao and Post (2019) suggested that the term “mixing zone” or “coastal aquifer” would be adequate to describe the system. Duque et al. (2020) proposed changing the term “subterranean estuary” to “subterranean mixing and reaction field.” We do not advocate these changes. The significant problem in abandoning the term “subterranean estuary” would be to lose the connection to the rich estuarine literature that has described physical, chemical and biological processes that occur in this distinctive geological environment. In elementary oceanography texts (e.g., Duxbury, 1977; Saegar, 2012) students learn that estuaries are classified by morphology and by circulation. The circulation is primarily an interplay between the freshwater flow and tidal energy. These forces control the residence time of water in most surface estuaries, a critical parameter that modulates their biogeochemistry. Framing the subterranean estuary in these terms immediately conveys the importance of circulation in a way that “coastal aquifer,” “mixing zone,” “transition zone,” or “subterranean mixing and reaction field” do not. We agree with Rocha et al. (2021) who “strongly advocate for the inclusion of subterranean estuaries as essential components of coastal ecosystem function research, monitoring, policy and management.”

Robinson et al. (2007) introduced a classification system for subterranean estuaries based on salinity stratification (stratified, partially stratified, or well-mixed), a system widely used in surface estuaries where freshwater flow (Qf) as a fraction of the tidal prism (Qt) largely determines stratification. Substituting fresh groundwater flow for surface freshwater flow, they found that when Qf/Qt was >1.0 the subterranean estuary was stratified. When Qf/Qt was between 0.1 and 1 the subterranean estuary was partially stratified and when Qf/Qt was <0.1, the subterranean estuary was well mixed. They pointed out that Schultz and Simmons (1957) found similar ranges of Qf/Qt determined stratification in coastal plain surface estuaries.

In addition to salinity there are other transition zones within the subterranean estuary. One is between oxic and anoxic regions where sulfate becomes the primary electron acceptor, i.e., SO42––S2–. Within this region are suboxic transition zones: NO3––NO2––NH4+, Mn4+–Mn3+–Mn2+, Fe3+–Fe2+. Charette and Sholkovitz (2002) described the Fe3+–Fe2+ transition as the “iron curtain” transition zone in subterranean estuaries where soluble Fe2+ is oxidized to Fe3+ and precipitates, adsorbing important components such as phosphate. After sulfate is consumed there is a transition to methanogenesis. Each of these transition zones is populated by specific organisms, which mediate the measured reactions.

These transition zones within the subterranean estuary migrate in response to changes in circulation patterns (Charette and Sholkovitz, 2002). This migration stimulates different species of bacteria and archaea, which catalyze the biogeochemical reactions. For example, in studies of an intertidal aquifer, McAllister et al. (2015) found that the availability of chemical species controlled microbial populations along groundwater flow paths. They demonstrated that seasonal changes in the relative supply of fresh and saline groundwater affect microbial populations and noted that every pore water sample had a significant portion of sulfate reducers, making this the predominant recognized metabolism within the intertidal mixing zone. Degenhardt et al. (2020) described a “core community” of microbes in the upper meter of a high-energy intertidal area where stable redox transitions were driven by porewater advection and sediment reworking. This equilibrium community was disturbed by a “subsurface spring bloom,” probably due to deeper penetration of oxygen and nitrate, but reverted to the “core community” during summer. Such dynamics illustrate the rapidity with which generalist microorganisms can respond to changing conditions within these transition zones.

In 2012 leaders in studies of anchialine environments decided to redefine the definition of their field of study. The title of the paper was “‘Anchialine’ redefined as a subterranean estuary in a crevicular or cavernous geological setting” (Bishop et al., 2015). This study and the ones by Charette and Sholkovitz (2002) and Robinson et al. (2007) are but three examples of the evolving rich literature on subterranean estuaries. As Moore (2010) pointed out, many surface estuarine processes have an analog in the subterranean estuary. Elucidating some of these processes is the purpose of this paper.


Expansion of the Subterranean Estuary

As saltwater intrusion brings more seawater into coastal aquifers, the subterranean estuary expands inland, significantly altering biogeochemical dynamics over wide regions. For example, in the early 1900’s, a 100–500 m wide zone of brackish water lay at the base of the Biscayne aquifer in southern Florida (Barlow and Reichard, 2010). By 1946, canals constructed to drain the coastal wetlands above the unconfined aquifer resulted in the movement of brackish water 2 to 16 km inland, primarily beneath the canals, increasing the size of the subterranean estuary along this 25 km coastline from ∼20 to over 120 km2 (Barlow and Reichard, 2010). This example has been repeated along coastlines worldwide.

Depletion of fresh groundwater through active pumping has accelerated during the past 50 years. For example, prior to 1950, there was less than 1 km3 year–1 of groundwater depletion from the United States Gulf and Atlantic coastal plain aquifers; by 2008 this rate had increased to almost 9 km3 year–1 (Figure 1; Konikow, 2011). Industrial use of groundwater places major demands on coastal aquifers, as evidenced by the changes occurring along coastal Georgia, United States, in the past ∼60 years. Prior to October 1962, the Upper Floridan aquifer below the city of Brunswick, GA, had a hydraulic head of +3 to +5 m. In 1963, a paper mill began pumping roughly 1.4 × 105 m3 freshwater day–1 from the aquifer and within 14 months the head in the aquifer had dropped to −3 m (Wait and Gregg, 1973). Within 30 years, a 5 km2 subterranean estuary developed beneath the city, rendering the city wells non-potable due to 1–2.5 g/L chloride concentrations (Joiner, 1991). In China, saltwater intrusion along the coastline of the Laizhou Gulf in Shandong Province covered a total area of 16 km2 in 1979; 10 years later the area of saltwater intrusion was 238 km2 (Xu et al., 2002). By 2000, the extent of saltwater in the aquifer reached 1870 km2, causing over 1500 wells to be abandoned (Qi and Qui, 2011). During the past century such examples have been repeated with similar consequenes along most populated coastlines (Werner et al., 2013).
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FIGURE 1. The depletion of groundwater in the United States Gulf and Atlantic Coastal plain aquifers. Before 1950 depletion rates were less than 1 km3/year. Early in the 21st century this increased to almost 9 km3/yr. Data from Konikow (2011).


The thawing of marine permafrost has the potential to produce new subterranean estuaries in the Arctic as ice is replaced with water. For example, Shakhova et al. (2010) suggested that the East Siberian Arctic Shelf (ESAS), an area of 2.1 × 106 km2 on the Arctic Ocean margin, is potentially more vulnerable to thawing than is terrestrial permafrost. The annual average temperature of ESAS bottom seawater ranges from –1.8 to +1°C; this is 12–17°C warmer than the annual average surface temperature over terrestrial permafrost. On the South Kara Sea shelf in the Arctic, Portnov et al. (2013) found continuous subsea-bed permafrost extending to water depths of ∼20 m offshore. The permafrost created a seal through which gas could not migrate. Further offshore they found discontinuous permafrost up to 115 m water depth where methane ebullition was occurring. They concluded that within this 7500 km2 area, seafloor gas release is widespread and permafrost degradation is an ongoing process. These are just examples of the thawing processes that are taking place around the Arctic Ocean margin. As ice is replaced with water in these permeable sediments, we posit that water exchange will take place between the sediments and the ocean, bringing these carbon-laden sediments into contact with seawater in new subterranean estuaries. This will substantially alter the biogeochemical dynamics of these systems, almost assuredly increasing the fluxes of carbon, nutrients, metals, and trace gases to the coupled ocean waters.

There is no doubt that the subterranean estuary is expanding rapidly as freshwater and ice are replaced by saltwater. The biogeochemical consequences of this expansion are significant globally.



Biogeochemical Reactions in Coastal Aquifers

Adding saltwater to a coastal aquifer changes the chemical environment dramatically. The increased ionic strength causes some particle-associated, surface-active ions to be released to solution. This increases the dissolved concentrations of desorbable ions such as ammonium, phosphate, barium, and radium (Moore, 1996; Shaw et al., 1998; Price et al., 2006). Another major change is reflected in the increased oxidation capacity of the saltwater. In terms of free energy, oxygen is the most powerful oxidant in natural waters. However, its oxidizing capacity is limited by its poor solubility (∼0.28 mmol/L in freshwater). The reaction

[image: image]

will cease when 0.28 mmoles/L of organic carbon have been oxidized in a closed system. If this carbon has a typical marine C:N ratio = 6.6, a maximum of 42 μmol/L dissolved inorganic N (DIN) would be regenerated. This places a constraint on the maximum DIN concentration in unpolluted, oxic freshwater aquifers. But once dissolved oxygen is depleted in saltwater, the sulfate ion (∼28 mmol/L in seawater) becomes the primary electron acceptor for organic carbon oxidation. For example
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For each mole of sulfate reduced, 2 moles of organic carbon are oxidized and 2 moles of CO2 are produced. If enough labile organic matter is present to deplete sulfate completely by oxidizing 56 mmol carbon with C:N = 6.6, this reaction could potentially release 8.5 mmol DIN/L in unpolluted aquifers containing marine organic carbon. Terrestrial organic matter contains a lower C:N ratio; its oxidation would produce a lower concentration of DIN. The presence of sulfate minerals could provide additional sulfate ions and increase the DIN released from subterranean estuaries or from freshwater aquifers after oxygen is depleted (Chapelle and McMahon, 1991).

Early studies of sulfate reduction coupled to oxidation of marine organic matter (Martens et al., 1978) found that pore waters of anoxic marine sediments contained up to about 10 mmol ammonia per liter. Riedel et al. (2011) reported NH4 concentrations of 7 to 9 mmol/L in pore waters from tidal flat sands in the German Wadden Sea in which the sulfate concentration had been reduced to ∼0 and there was no source of DIN pollution. Wang and Jiao (2012) measured NH4 concentrations of 10–20 mmol/L in a non-polluted Quaternary salty aquifer in the Pearl River delta, China, in which all sulfate had been reduced.

Figure 2 illustrates some differences between freshwater oxic coastal aquifers (Figure 2A) and anoxic subterranean estuaries (Figure 2B), where sulfate becomes the primary oxidizing agent after oxygen is exhausted. Because of its high sulfate concentration, saltwater has a far greater oxidizing capacity than freshwater. The reaction products of sulfate reduction coupled to organic matter oxidation include both inorganic and organic forms of dissolved C, N, and P as well as hydrogen sulfide. The creation of sulfidic conditions in an aquifer stimulates reduction of iron and manganese oxides, which increases concentrations of Fe2+ and Mn2+, as well other metals and non-metals bound to these oxides. Increases of PO4, Ba, Ra, Hg, Mo, V, rare earth elements (REE), and As are expected. As this chemically altered saltwater is discharged into coastal waters as SGD, it carries a high load of nutrients, carbon, metals, and sulfides. While nutrient, carbon and metal concentrations in SGD may be augmented by anthropogenic contamination, even pristine systems may have highly elevated concentrations due to the stimulation of anaerobic microbial metabolisms.
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FIGURE 2. Chemical differences between an oxic freshwater aquifer and an anoxic subterranean estuary. (A) As fresh oxygenated groundwater passes through an aquifer containing organic carbon, some carbon may be oxidized and release CO2 as well as nitrate and phosphate ions. The maximum concentration of nitrate produced (∼42 μM) is controlled by the solubility of oxygen (∼0.28 mM) and the C:N ratio of the organic matter (∼6.6 for marine organic matter). (B) The addition of saltwater to this system greatly increases the oxidizing capacity after O2 is exhausted due to sulfate ion (∼28 mM in ocean water). Here the reaction products include significantly greater concentrations of CO2, ammonium and phosphate as well as sulfide, which can reduce metal oxides, liberating Fe2+ and Mn2+ and other metals and non-metals to solution.


Once oxygen is consumed, a biogeochemical cascade ensues, with nitrate reducing, iron and manganese reducing, sulfate reducing, and methanogenic microorganisms. Thermodynamic energy yield and kinetic constraints interact to dictate the net pattern metabolism: typically, nitrate reduction and metal oxide reduction occur before sulfate reduction which occurs before methanogenesis. Sulfate is typically present in higher concentration than the other electron acceptors, leading to the domination of sulfate reduction in anaerobic metabolism in these systems. However, biologically mediated reactions occur in tandem with abiotic reactions, making it difficult in some cases to assess the driving force behind the observed biogeochemical reactions (Joye and Kostka, 2020).

There are a number of ways to assess the importance of abiotic versus microbially mediated processes in aquifers. Assessing microbial community composition using genomics data (Joye and Kostka, 2020) provides information on genomic capacity for a particular reaction by tracking gene abundance (e.g., probing for genes or assessing metagenomes) or by tracking the presence of transcripts associated with a particular process (e.g., metatranscriptomics). While some studies utilized such techniques in coastal aquifers (Santoro et al., 2006, 2008; Rogers and Casciotti, 2010; Sáenz et al., 2012; Adyasari et al., 2019, 2020), this approach holds tremendous potential. Adyasari et al. (2019) found that temperature and salinity were the main factors driving microbial community composition in shallow aquifers. Adyasari et al. (2020) studied the microbial community in an aquifer near Mobile Bay, AL., which becomes hypoxic during the dry season due to discharge of NH4+-rich groundwater. They observed a robust community of organisms associated with dissimilatory nitrate reduction to ammonia in the aquifer and proposed that these organisms may contribute to NH4+-loading in the estuary.

Rogers and Casciotti (2010) found a unique population of ammonia oxidizing archaea in well ventilated sediments in a coastal aquifer on Cape Cod and suggest a role for these organisms in nitrification. Sáenz et al. (2012) studied the anaerobic oxidation of ammonium (anammox) in a subterranean estuary in Waquoit Bay MA. They found anammox bacteria were present in redox transition zones where ammonium and nitrate coexist. Santoro et al. (2006) examined the population of denitrifying bacteria in a beach aquifer near Huntington Beach, CA, and were able to resolve population shifts over small spatial scales. They suggest that subtle differences in aquifer chemistry can result in microbial community shifts. In a subsequent paper (Santoro et al., 2008) they compared the abundance of ammonia oxidizing bacteria with that of ammonia oxidizing archaea, revealing that the ammonia oxidizing archaea preferred lower salinities (brackish and freshwater) than the ammonia oxidizing bacteria.

While genomics methods provide information about metabolic potential and about active gene expression, another way to assess microbial activity directly involves using metabolic inhibitors in combination with radiotracer rate assays. Metabolic inhibitors specifically block enzymes associated with a particular process and hence can be used to separate microbial activity from abiotic processes (Segarra et al., 2013), but again such approaches are rarely applied to aquifer systems. Pairing genomics and targeted rate assays with standard geochemical approaches offers a robust way to advance a number of research areas related to SGD in the coastal zone. Much of the work to date has focused on nitrogen cycling but there is tremendous potential for advancing the understanding in carbon and sulfur cycling using these approaches as well.



RESULTS: CASE STUDIES

To illustrate the processes we have just described on different spatial and temporal scales, as posited by Bratton (2010), we offer three case studies of radically different environments: a small river–salt marsh system in South Carolina, offshore tidal flats in the German Wadden Sea, and a section of the Potomac Subterranean Estuary, a 45,000 km2 system beneath the United States east coast. Here we reinterpret published data from each system.


Okatee, South Carolina (United States)

The Okatee subterranean estuary lies in southeastern South Carolina, northwest of Hilton Head Island. Previous studies revealed large SGD fluxes of nutrients and carbon (Moore et al., 2006; Weston et al., 2006b; Porubsky et al., 2014). These studies used data collected when the area had a low population density before a large-scale housing development was built in the upper reaches of the system. Monitoring wells along the creek bank were sampled for numerous constituents including dissolved nutrients, carbon, chloride, sulfate, and radium (Moore et al., 2006). The salinity of these well waters ranged from ∼25 to >40, the higher values arising from evapotranspiration. Figure 3 shows the relationship between some of these constituents and the degree of sulfate depletion, via microbial sulfate reduction, observed in groundwater from the monitoring wells. Sulfate depletion is defined as the sulfate concentration observed in the groundwater minus the sulfate concentration predicted from the Cl– concentration. Here we assume seawater entered the aquifer with the oceanic SO4:Cl molar ratio (0.0514) and is the only source of SO4. Following Martens et al. (1978), who developed this concept in anoxic mud, we call the depletion of SO4 “ΔSO4”; this term becomes more negative with increased sulfate depletion.
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FIGURE 3. Data from the Okatee subterranean estuary, South Carolina, showing the relationship between sulfate depletion by C oxidation (see text) and dissolved species. (A) The concentration of dissolved CO2 increases with a 2:1 ratio as sulfate is depleted (Eq. 2). (B) The concentration of dissolved NH4+ reaches 400 μM in samples with the greatest sulfate depletion. (C) Dissolved 226Ra increases with increased sulfate depletion, implying organic matter degradation either directly or due to secondary reactions releases significant 226Ra. (D) Dissolved 228Ra shows an irregular pattern with high activities occurring at high and low sulfate depletion, implying that desorption of 228Ra regenerated from 232Th decay governs its behavior. Data from Moore et al. (2006) and Porubsky et al. (2014).


As predicted by reaction (2), the concentration of dissolved CO2 increases with a 2:1 ratio as sulfate is depleted. The concentration of dissolved NH4+ reaches 400 μM in samples showing the greatest (about 50%) sulfate depletion. This is an order of magnitude greater than the concentration expected from the oxidation of marine organic matter by dissolved oxygen, illustrating the dramatic effect that saltwater intrusion has on the biogeochemistry of coastal aquifers. The scatter is likely caused by differences in the C:N ratio of the material being oxidized [literature values for Spartina, the primary marsh grass in this system, show C:N of 14–74 (Porubsky et al., 2014)]; the soils may also contain terrestrial plant components with even higher C:N ratios and NH4+ may exhibit non-conservative behavior after it is released. Dissolved 226Ra (half-life = 1600 years) also increases strongly with increased sulfate depletion. Because 226Ra regenerates very slowly after being desorbed from particles, the increased 226Ra activity in the sulfate-depleted water must be due to its release from the diagenesis of solids in the aquifer. Whether this is due to oxidation of organic matter directly or to subsequent reactions involving Fe-Mn coatings or other components is unknown. Porubsky et al. (2014) demonstrated strong correlations between 226Ra and dissolved DIN, DIP, DIC, and DOC in these wells, reinforcing the idea of stoichiometry in the release of 226Ra during organic matter oxidation. Unlike 226Ra, dissolved 228Ra (half-life = 5.7 years) shows an irregular pattern with high activities occurring at high and low sulfate depletion. This must be due to the continued regeneration of 228Ra from 232Th decay on particles within the flow-path of the groundwater (∼30% of 228Ra regenerates in 1 year from 232Th decay). On a timescale of months to years, the high ionic strength of the water desorbs regenerated 228Ra irrespective of the sulfate depletion. These high 226Ra and 228Ra activities provide effective tracers of SGD that enters estuarine and coastal waters.



Wadden Sea Tidal Flats, Germany

Within the Wadden Sea in northern Germany, some tidal flats are exposed only during low tide. Numerous studies of pore waters within the sandy tidal flats near Spiekeroog Island have documented high concentrations of NH4, PO4, DIC, DOC, Mn, Fe, Ba, and Ra and the release of these components to tidal waters during low tide (Billerbeck et al., 2006; Beck et al., 2008a,b; Moore et al., 2011). Here we focus on a study by Riedel et al. (2011) who mapped the interstitial water chemistry down to 2.5 m sediment depth along a transect on an inter-tidal creek bank that is subject to a periodic advective flow. They documented high rates of diagenetic reactions in sites subject to advection compared to sites controlled by diffusion. On a timescale of 200 days, SO4 was almost completely depleted, while DIC, NH4, Ba, Mn, and V became highly elevated (Riedel et al., 2011). When plotted against ΔSO4 (Figure 4), these increases follow the same trends observed in the Okatee dataset (Figure 3). Again, the DIC increases with a 2:1 ratio as SO4 is depleted. The NH4 concentration reaches 8.5 mmol/L, the predicted concentration based on the Redfield Ratio for marine organic material of C:N = 6.6. Ba shows irregular but significant increases, while the V increase is very linear. All of these concentrations are orders of magnitude greater than North Sea water (Moore et al., 2011) and further underscore the role of anaerobic microbial metabolisms in enriching groundwater with reduced metabolites.
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FIGURE 4. Data from the Wadden Sea tidal flats, Germany, showing the relationship between sulfate depletion by C oxidation (see text) and dissolved species. (A) The concentration of dissolved CO2 increases with a 2:1 ratio as sulfate is depleted (Eq. 2). (B) The concentration of dissolved NH4+ reaches 8.5 mM in samples with the greatest sulfate depletion as predicted using the Redfield Ratio. (C) Dissolved Ba increases irregularly with increased sulfate depletion, implying organic matter degradation releases significant Ba either directly or due to secondary reactions. (D) Dissolved vanadium shows a highly linear increase with sulfate depletion, implying organic matter degradation releases significant V. Data from Riedel et al. (2011).




The Potomac Subterranean Estuary Offshore New Jersey, United States

The Potomac aquifer lies within the Northern Atlantic Coastal Plain aquifer system, which comprises much of the subterranean coastal area from North Carolina to New Jersey. The aquifer extends under the land and beneath the continental shelf. There has been significant saltwater intrusion into this aquifer in response to multiple sea level cycles (Barlow, 2003). This has created an enormous (∼45,000 km2) subterranean estuary. The IODP Expedition 313 collected a series of deep cores into this system along an inshore to offshore transect off the coast of New Jersey (Mountain et al., 2010). The chemistry of the pore water extracted from these cores was presented by van Geldern et al. (2013). The pore water had salinities as low as 1–2 in some fine-grained silty and clay-rich sediments. The δ18O and δ2H values of the water were similar to modern precipitation, indicating recharge by meteoric water via onshore outcrops at times of high sea level. The authors could not determine if this freshwater recharge occurred in modern times or at a time when conditions were similar to the present, i.e., the last interglacial, 120,000 years ago; they concluded recharge did not occur during low glacial sea level as some had suggested.

The more permeable sediments contained saltier water, ranging from brackish to hypersaline. The highest salinity samples probably represent upward migration of a deep brine (van Geldern et al., 2013). Based on stable isotope data, van Geldern et al. (2013) concluded that the porewaters in the upper layers with salinity less than 35 resulted from mixing of meteoric waters with seawater; in deeper layers where salinity was greater than 35, the deep brine was a significant component. Overall, the geochemical results for major ions and stable isotopes in the lower salinity porewaters were in good agreement with modern meteoric and seawater values, indicating possible connections to the seafloor through channels in less permeable layers or through outcrops at the shelf margin (van Geldern et al., 2013). However, not all of the chemical parameters could be described by simple mixing, as the porewaters were high in alkalinity, ammonium, and phosphate and depleted in sulfate. These observations fit the concept of the diagenetic reactions in the subterranean estuary very well.

Here we use the pore water data for Expedition 313 reported on the IODP website (Integrated Ocean Drilling Program [IODP], 2020). To avoid the effect of the deep brine component, we restrict our attention to samples from the upper 340–450 m sections, which van Geldern et al. (2013) interpret as primarily mixing between meteoric recharge and seawater. These samples contained less than seawater concentrations of 550 μM chloride. As in the other systems, we observe significant increases in NH4 as ΔSO4 decreases (Figure 4). The NH4 increase is intermediate between systems containing primarily marine organic matter like the Wadden Sea and systems where the material being oxidized has a higher C:N ratio. If the increased NH4 is due to its release from organic matter, its C:N ratio is probably between 6 and 23, based on the slope of the ΔSO4 curve. This seems reasonable for the oxidation of a mixture of terrestrial (high C:N) and marine (low C:N) organic matter. Obviously, there are other processes at work in these porewaters. For example, the very high NH4 and Ba values in cases where there is no sulfate deficiency (Figure 5) may be due to desorption from the solid phase rather than re-mineralization. It could also be due to the addition of new sulfate from the dissolution of sulfate minerals such as gypsum in the sediments.
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FIGURE 5. Data from the IODP Exp 313, holes M0027A, M0028A, and M0029A on the continental shelf off New Jersey, showing the relationship between sulfate depletion by C oxidation (see text) and dissolved species in the upper levels of these cores. (A) The concentration of dissolved NH4+ increases with sulfate depletion in a range between that predicted by oxidizing carbon with a 6.6 C:N ratio (Redfield Ratio) and a much higher ratio (23), implying the oxidation of non-marine carbon. (B) Dissolved Ba increases substantially with increased sulfate depletion, implying organic matter degradation releases significant Ba either directly or due to secondary reactions. High concentrations of NH4 and Ba also exist in multiple samples showing no sulfate depletion, indication that other processes such as desorption or the release of sulfate from solid phases also play a role. Data from van Geldern et al. (2013), Integrated Ocean Drilling Program [IODP] (2020).




DISCUSSION


Earlier Studies

There have been earlier studies linking seawater intrusion with biogeochemical reactions in the subterranean estuary; we will cite a few. Sivan et al. (2005) investigated chemical changes in seawater intrusions along the Mediterranean coast of Israel. They used nuclear bomb-derived 3H to verify that the intruding water 50–100 m onshore had been in the ocean 15–30 years ago. These samples contained total alkalinity and total dissolved inorganic carbon (DIC) in excess of that predicted from aerobic metabolism, indicating anaerobic oxidation of organic matter. In the Florida Everglades, Price et al. (2006) proposed that phosphorus discharge to the surface water was influenced by saltwater intrusion. In the Indian River Lagoon, Florida, Roy et al. (2010) studied the effect of sea level rise on the Fe flux to ocean surface waters through SGD. Fifteen km seaward of the North Carolina coast, Moore et al. (2002) found high nutrient concentrations in 2–4 m deep seabed monitoring wells; both total dissolved N and P correlated strongly with 226Ra, as they did in the Okatee system.

It is clear that saltwater intrusion accelerates biogeochemical dynamics in subterranean estuaries, with potentially profound impacts on the geochemistry of SGD. Luo et al. (2018) reached the same conclusion in their study of the Pearl River aquifer, China, where they documented increased 226Ra and NH4 with ΔSO4 similar to our case studies. In their system, NH4 reached 22 mM, clearly exceeding the 8.5 mM theoretical value for the oxidation of marine organic carbon. Because there is no evidence for anthropogenic pollution on a large scale in this system (Wang and Jiao, 2012), Luo et al. (2018) postulated that the high concentrations were likely caused by excess NH4 in initial fresh groundwater through other remineralization processes–such as Fe-Mn oxide reduction and methanogenesis–before mixing with saltwater and experiencing sulfate reduction. These high concentrations could also reflect ammonia adsorption to the organic-rich sediments during initial stages of saltwater intrusion when the salinity of the water was low, followed by its release when salinity increased. Wang and Jiao (2012) reported the exchange of Mg2+ and NH4+ in the aquitard of the Pearl River delta, possibly reflecting this process. The presence of gypsum in the sediments could provide another source of sulfate unrelated to saltwater in this or other systems.



Changing Subterranean Estuaries and SGD

Local changes in water and land use have led to enormous expansions of subterranean estuaries in the last 100 years. This expansion has brought high ionic strength seawater containing sulfate into contact with old sediments. Sudden exposure of aquifer sediments to high ionic strength water may mobilize surface-bound ions and organic matter adsorbed onto sediments and alter the mineralogy of metal oxides (Weston et al., 2006a). Both of these effects may further accelerate biogeochemical reactions in aquifers impacted by saltwater intrusion by mobilizing the components of organic matter and increasing the availability of iron and manganese oxides for microbial reduction.

In effect, the introduction of sulfate ion transforms these aquifers from oxidant-limited to almost oxidant-unlimited, allowing extensive amounts of organic carbon to be oxidized. These changes stimulate the biogeochemical reactions that degrade organic matter via anaerobic metabolisms, leading to increased concentrations of nutrients, dissolved carbon (DIC and DOC), hydrogen sulfide and metals in the subterranean estuary. Fluids expelled from subterranean estuaries as SGD enrich coastal waters in nutrients, carbon, sulfide, and metals. In some cases, the excess nutrients can be linked to harmful algae blooms, eutrophication and hypoxia. For example, SGD has been cited as the most likely source of excess nutrients in Yeoja Bay (Hwang et al., 2005) and Masan Bay (Lee et al., 2009), South Korea, where harmful algae blooms are common. Hu et al. (2006) observed that nutrient fluxes from local rivers were insufficient to support a harmful algae bloom in coastal waters off west Florida; they concluded that the most likely source of the required nutrients was high fluxes of SGD resulting from a hurricane.

Discharge of high-nutrient groundwater has also been implicated in eutrophication in Tolo Harbor, Hong Kong (Tse and Jiao, 2008). Recently Peterson et al. (2016) reported a near-hypoxic event on the South Carolina coast that was caused by the release of cold, salty, anoxic water from the offshore subterranean estuary. This discharged water formed a high-density benthic boundary layer that largely maintained its identity for several weeks as it spread to a nearshore monitoring station. Thus, SGD fluxes may have significant ecological impacts locally, and in some cases may have global impacts on ocean chemistry (Moore, 2010).

We want to be clear that the ΔSO4 correlations that we present do not apply to all subterranean estuaries. We have examined data from systems where there are no correlations. The chemical signatures are not simple mixtures of groundwater and seawater but depend on the composition and reactivity of the aquifer and aquiclude solids, the residence time of fluids in the system, and the time that has elapsed since seawater first intruded the system. Understanding what regulates the chemical composition of fluids in subterranean estuaries is a complex and ongoing challenge.

Seawater intrusion into coastal aquifers will likely accelerate as coastal populations increase and sea levels continue to rise. Recent projections of multi-meter sea level rise over the next 50–200 years (Hansen et al., 2016) will cause enormous additional inland expansion of subterranean estuaries. New subterranean estuaries will emerge in coastal aquifers and in the Arctic as ice is replaced with seawater. These processes will affect portions of aquifers that have not been in contact with saltwater for thousands of years, causing increased production of dissolved nutrients, carbon, sulfide, and metals, and possibly dissolved greenhouse gases, like methane, which accumulate in coastal aquifers (Schutte et al., 2016, 2020) and are trapped in permafrost (Shakhova et al., 2010). The increased biogeochemical reactions that affect these concentrations will operate over larger spatial scales, providing new sources of organic carbon for oxidation.

We must also consider what happens when aquifers that have accumulated saltwater are abandoned as water supplies. As Qi and Qui (2011) point out, seawater intrusion has caused over 1500 wells to be abandoned along the Laizhou Gulf coastline. If the natural flow of groundwater into these systems has not changed, they will recharge with freshwater and discharge the salty water containing the products of anaerobic metabolisms into estuaries or coastal waters. This would cause a release of nutrients, carbon, sulfide, and metals, and possible radiative trace gases like methane and nitrous oxide, to the adjacent coastal waters, potentially leading to or exacerbating eutrophication of the receiving waters over periods of years to decades. The rate of release will depend on the aquifer permeability and whether this has been affected by the saltwater-induced reactions. Jiao and Post (2019) cite examples of such flow reversal as wells are abandoned and point out that because of its higher density saltier water may collect in the deeper regions of the aquifer in spite of renewed recharge. Following the designations of Robinson et al. (2007), the renewed influx of freshwater may transform subterranean estuaries from well- or partially-mixed systems into stratified systems. Similar changes occur on a much shorter timescale in surface estuaries following a large discharge event.

These observations linking the recent expansion of subterranean estuaries with a mechanism for producing high concentrations of nutrients, carbon and metals in their fluids raises a significant question regarding SGD: Has the current supply of nutrients, carbon and metals to the ocean via SGD changed significantly in the past 100 years? We suggest that it may have increased even if the net freshwater flow may have decreased. Roy et al. (2010) concluded that accelerated sea level rise is likely to increase the Fe flux to ocean surface waters along coastlines where groundwater discharges through permeable sediments. This may be true for nutrients also. Because they lack high concentrations of sulfate ion, unpolluted freshwater springs are generally limited to a maximum of 42 μM DIN. Compare this to orders of magnitude higher N concentrations in fluids in subterranean estuaries (up to 10 mM). Small increases in SGD from subterranean estuaries can more than compensate for diminished freshwater springs in terms of N delivery to the coast. Besides tides, other periodic changes in sea level constitute effective drivers of SGD. Seasonal sea level changes result from summertime heating, which expands the ocean and causes sea level to rise and intrude further into subterranean estuaries. During winter sea level falls causing a return flow of fluids that have become enriched in metabolic products. These seasonal changes are being amplified by climate change. Wahl et al. (2014) used seasonal sea level harmonics throughout the 20th and early 21st centuries to document a significant amplification of the annual sea level cycle in the eastern Gulf of Mexico of up to 30% (average 22%) from the 1990s, brought on by both higher summer and lower winter sea levels. Shorter-term changes in sea level result from cyclones and other major storms (Moore and Wilson, 2005; Wilson et al., 2011) or persistent offshore wind events (George et al., 2020). There is growing evidence that cyclones are increasing in intensity and perhaps numbers. We speculate that persistent offshore wind events may also be linked to a warmer ocean. The combined effects of these sea level changes should drive increased exchange between the subterranean estuary and ocean, resulting in increased delivery of nutrients, carbon, and metals to the coastal ocean.



Looking to the Future by Studying the Past

Climate change is certainly affecting SGD forcing functions. Although we cannot determine how this will be affecting SGD globally at present, a future answer may be provided by proxy records in corals. These records offer promise in the future to address this question.

Horta-Puga and Carriquiry (2012) measured Ba/Ca ratios in a 52-year old coral colony in Yucatan, Mexico. They found strong correlations between annual precipitation and the Ba/Ca coral time-series and concluded that Ba/Ca ratios can be used as a proxy of precipitation, which in the Yucatan is a direct indicator of SGD as there is minimal surface runoff (Young et al., 2008). Jiang et al. (2018) measured variations of REE/Ba and REE/Ca ratios in coral samples from Hainan Island, China, and used these as a long-term (>100 year) proxy for SGD in the study area. They observed an increase in the reconstructed SGD corresponding to the escalating trend of local rainfall and suggested that “coral paleohydrological records can contribute to model-data comparisons in SGD models under different pumping scenarios.”

Chen et al. (2020) measured Ba/Ca, δ18O, and δ13C in coral skeletal material from the nearshore reef environment in the Kimberley Region of Northwestern Australia. They concluded the skeletal material contained significant terrestrial signatures of Ba/Ca, residual δ18O, and to a lesser extent δ13C on a monthly time scale. These signatures as well as the observational coastal sea surface salinity exhibited a consistent lag with respect to river discharge of 1–2 months. They listed groundwater input as a possible cause for this lag but could not verify this possibility. Michael et al. (2005) observed that SGD often lags high precipitation events by several months. It is conceivable that the coral signatures were tracing SGD rather than river discharge.

Erler et al. (2018) analyzed coral skeletons from a reef core dating over 100 years in Rarotonga, Cook Islands, in the South Pacific for tracers of agriculture-related groundwater nitrogen, which is enriched in δ15N. They related increases in the δ15N of coral skeletal material between 1960 and 2000 to rapid agricultural development that occurred between 1960 and 1985, which increased aquifer N concentrations leading to the elevated δ15N of groundwater NO3. They realized the discharge of this N-enriched groundwater continued for at least 15 years after the end of the agricultural boom, highlighting the important implications for the management of groundwater contamination. Erler et al. (2020) extended these studies to a 333-year composite record of δ15N in coral skeleton-bound organic matter to understand how nitrogen cycling in the coastal Great Barrier Reef, Australia, has responded to increased anthropogenic nutrient inputs. They concluded that increased nitrogen fixation was the primary cause of increases N supply to the region.

We encourage similar studies to reconstruct the history of SGD along other coastlines and specifically to evaluate its effect on the receiving waters. Although the measurement of 226Ra in small samples is time-consuming (Hsieh and Henderson, 2011; Yaala et al., 2019), the 226Ra/Ca ratios in corals may provide a direct link to the numerous studies of SGD using radium isotopes (Charette et al., 2008; Tan et al., 2018; Tamborski et al., 2020).



CONCLUSION

Reactions between fluids and solids in coastal aquifers are amplified dramatically upon the intrusion of seawater. This intrusion causes desorption of adsorbed ions and the oxidation of organic carbon via sulfate reduction in subterranean estuaries. These fluids become enriched in dissolved nutrients, inorganic carbon, organic carbon, sulfide, metals, radiative gases and radionuclide tracers. Circulation of these fluids between the subterranean estuary and the coastal ocean enriches coastal waters in these reaction byproducts, where they may enhance biological productivity and lead to increased biomass. The increased biomass may have positive societal results if it leads to increased seafood production or negative consequences if it leads to eutrophication, harmful algae blooms, and hypoxia. In some cases, the discharge of anoxic groundwater may directly cause hypoxia (Peterson et al., 2016). We conclude that the well-documented accelerating intrusion of seawater into coastal aquifers will increase the concentrations of these reaction products and suggest that continued circulation between the subterranean estuary and coastal ocean will release increasing concentrations of these byproducts. We argue that the effects of climate change will increase this circulation due to short-term and seasonal sea level changes. This circulation may also be temporarily enhanced if the rate of freshwater withdrawal from the aquifer diminishes and the normal flow of fresh groundwater into the aquifer continues, causing more SGD.
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Advective flows of seawater and fresh groundwater through coastal aquifers form a unique ecohydrological interface, the subterranean estuary (STE). Here, freshly produced marine organic matter and oxygen mix with groundwater, which is low in oxygen and contains aged organic carbon (OC) from terrestrial sources. Along the groundwater flow paths, dissolved organic matter (DOM) is degraded and inorganic electron acceptors are successively used up. Because of the different DOM sources and ages, exact degradation pathways are often difficult to disentangle, especially in high-energy environments with dynamic changes in beach morphology, source composition, and hydraulic gradients. From a case study site on a barrier island in the German North Sea, we present detailed biogeochemical data from freshwater lens groundwater, seawater, and beach porewater samples collected over different seasons. The samples were analyzed for physico-chemistry (e.g., salinity, temperature, dissolved silicate), (reduced) electron acceptors (e.g., oxygen, nitrate, and iron), and dissolved organic carbon (DOC). DOM was isolated and molecularly characterized via soft-ionization ultra-high-resolution mass spectrometry, and molecular formulae were identified in each sample. We found that the islands’ freshwater lens harbors a surprisingly high DOM molecular diversity and heterogeneity, possibly due to patchy distributions of buried peat lenses. Furthermore, a comparison of DOM composition of the endmembers indicated that the Spiekeroog high-energy beach STE conveys chemically modified, terrestrial DOM from the inland freshwater lens to the coastal ocean. In the beach intertidal zone, porewater DOC concentrations, lability of DOM and oxygen concentrations, decreased while dissolved (reduced) iron and dissolved silicate concentrations increased. This observation is consistent with the assumption of a continuous degradation of labile DOM along a cross-shore gradient, even in this dynamic environment. Accordingly, molecular properties of DOM indicated enhanced degradation, and “humic-like” fluorescent DOM fraction increased along the flow paths, likely through accumulation of compounds less susceptible to microbial consumption. Our data indicate that the high-energy beach STE is likely a net sink of OC from the terrestrial and marine realm, and that barrier islands such as Spiekeroog may act as efficient “digestors” of organic matter.

Keywords: high-energy beach, dissolved organic matter, subterranean estuary, porewater, barrier island, North Sea, coastal aquifer


INTRODUCTION

Subterranean estuaries (STEs) underlying beaches are underground mixing zones of fresh, meteoric groundwater with seawater, which is pumped through the beach aquifer by waves and tides (Moore, 1999). Porewater flow constantly supplies the beach aquifer with organic matter and electron acceptors, making STEs highly active biogeochemical reactors (Anschutz et al., 2009). Along these advective flowpaths, organic matter is degraded and remineralization products accumulate, before they enter the coastal ocean as submarine groundwater discharge (SGD). Therefore, STEs are characterized by both strong salinity and redox gradients (Rocha, 2008; Reckhardt et al., 2015).

Since the turn of the millennium, the steadily growing recognition of STEs as global, ubiquitous land-ocean interfaces (Ma and Zhang, 2020) has led to a wealth of investigations (e.g., Charette and Sholkovitz, 2006; Robinson et al., 2006; Santos et al., 2009; Roy et al., 2010; Kim et al., 2012; Beck et al., 2017). In particular, the topic of sources and fate of organic matter in STEs has received increasing attention in the past decade, as organic matter is the fuel that drives the STE microbial biogeochemical reactor. Especially, novel spectrophotometric and mass spectrometric techniques have elucidated organic matter inputs and processing in subterranean estuaries (e.g., Kim et al., 2012; Seidel et al., 2015; Suryaputra et al., 2015; Jiang et al., 2020; McDonough et al., 2020a).

Most STEs receive aged dissolved organic matter (DOM) of low bioavailability from soils via the fresh groundwater endmember. However, fresh groundwater in a beach STE can also be a carrier of marine DOM from beach wrack and other particulate organic matter (POM; Santos et al., 2009; Suryaputra et al., 2015; Kim et al., 2019). The seawater endmember provides newly produced DOM from phytoplankton, which is considered more bioavailable compared to aged, groundwater-derived DOM (Seidel et al., 2015). In addition, recirculating seawater was found to leach and transport DOM from particulate marine organic matter buried in the sediment (Kim et al., 2019), as well as from terrestrial paleosols (Seidel et al., 2014; Couturier et al., 2016).

In microtidal, sheltered beaches with a high hydraulic gradient from inland groundwater, terrestrial DOM can be supplied to the STE in large proportions (McAllister et al., 2015; Couturier et al., 2016; Meredith et al., 2020). Contrastingly, in meso-to macrotidal regions, large volumes of marine, labile DOM are pumped through the STE, with models predicting seawater infiltrations up to several tens of meters depth into the beach aquifer (Robinson et al., 2006; Grünenbaum et al., 2020). On the global scale, the volumes of seawater-SGD are several fold higher than those of the fresh groundwater flux (Santos et al., 2012; Kwon et al., 2014; Luijendijk et al., 2020; note that the latter authors did not take into account tidally recirculated fluxes). Taking marine DOM and POM, coastal paleosols, and coastal beach wrack into account, a high-volume throughput of the marine endmember will therefore largely define the source functions and processing of both, terrestrial and marine DOM, in STEs worldwide. Yet, only a few studies of organic matter inputs into meso-to macrotidal STEs are available to date (e.g., Goñi and Gardner, 2003; Kim et al., 2012; Seidel et al., 2015), and only two of those have investigated a site additionally exposed to high-energy waves (Reckhardt et al., 2015; Beck et al., 2017).

Once DOM has entered the STE from different sources, it is abiotically or biologically processed, for example by adsorption/desorption to/from mineral phases, and microbial respiration, respectively. Adsorption of DOM on iron minerals occurs when source water flows through sediments which are rich in iron oxides, and DOM compounds are filtered out (Kaiser and Guggenberger, 2000). DOM may also co-precipitate with iron at oxic-anoxic interfaces commonly found in STEs (Linkhorst et al., 2017; Sirois et al., 2018). Both processes are compound-selective, targeting comparatively less saturated, more aromatic compounds with high oxygen content (Riedel et al., 2012). In addition, they are reversible and may release DOM once reduced conditions are restored (Lalonde et al., 2012; Linkhorst et al., 2017), therefore posing a transient storage pool of organic matter. So far, data on DOM-iron mineral interactions in STEs are scarce (Linkhorst et al., 2017; Sirois et al., 2018). Hence, the magnitudes, and temporal and spatial dynamics of these processes are not well known.

On the biological side, microbes feed on DOM and sequentially consume electron acceptors based on energy yield from oxygen to nitrate, manganese and iron oxides, sulfate, and finally inorganic carbon (Froelich et al., 1979). In parallel to the sequential exhaustion of the electron acceptors, organic matter too is assumed to be degraded along an intrinsic reactivity continuum (Benner and Amon, 2015). As a result, along the advective flowpath in the STE, accumulation of reduced electron acceptors is accompanied by a decrease in the (relative) abundance of more bioavailable, saturated compounds and carbohydrates, and an increase of abundances of less bioavailable, less saturated, more aromatic compounds (Seidel et al., 2015; Beck et al., 2017). In reactive transport models, this degradation is acknowledged in a simplified manner, attributing decreasing reactivity to increasing age of organic matter (Van Cappellen and Wang, 1996; Spiteri et al., 2008; Anderson et al., 2019). However, heterogeneous flow patterns and additions of DOM from buried patches of POM can disrupt continuous degradation pathways and produce a non-steady state DOM distribution (Rocha, 2008; Santos et al., 2009; Kim et al., 2019). Therefore, more qualitative and quantitative data on DOM sources and sinks are needed to assess and predict organic matter turnover in the STE and calibrate site-specific reactive transport models. Another uncertainty is associated with temporal and spatial dynamics of physical disturbances, and how they might impact the efficiency of the STE microbial community to degrade DOM. In sheltered environments, DOM appears to accumulate along advective water flowpaths due to increasing degradation of POM while at the same time energy-rich electron acceptors are consumed and not replenished fast enough (Roy et al., 2011; Seidel et al., 2014). On the other hand, wave action and large tidal amplitudes may speed up organic matter respiration due to high oxygen supply via sediment re-distribution and fast water circulation. The question is then, whether too high disturbance amplitudes or frequencies, for example by storm events or high-energy waves, have a negative influence on the adaptation capacities of the microbial community. So far, a comparison of research literature from different types of environments indicates that frequent disturbances of flow paths and sediment structures enhance, rather than restrict, microbial remineralization processes in high-energy STEs (McLachlan, 1982; Charbonnier et al., 2013; Reckhardt et al., 2015; Ibánhez and Rocha, 2016; Waska et al., 2019b). If there is no upper limit to microbial resilience against physical disturbances (Novitsky and MacSween, 1989; Degenhardt et al., 2020), then meso- to macrotidal STEs with strong wave action should be particularly active sites of organic matter turnover along the world’s coastlines.

In this study, we set out to investigate DOM sources and sinks in a mesotidal, high-energy beach STE on Spiekeroog Island. This STE is characterized by a rather uniform geology and (terrestrial) hydrology (Röper et al., 2012), but complex tidal, wave, and storm flood patterns on the marine side (Beck et al., 2017). Previous research at the study site hinted at a surprisingly high DOM heterogeneity in groundwater, probably stemming from ancient peat layers and surficial influences of dune vegetation (Beck et al., 2017). In 2019, we reported so far unknown brackish porewater patches at the low water line, and suggested that they stem from inland groundwater (Waska et al., 2019b). Furthermore, a decrease of DOC concentrations along the underground flowpaths was attributed to rapid remineralization, indicating that this site may be a net sink for organic carbon (OC; Reckhardt et al., 2015). Therefore, we set out to answer the following questions: (1) What are the molecular signatures of the various types of terrigenous DOM on the island, and are they comparable to those found in brackish porewaters at the low water line? (2) What are the likely abiotic and biotic sinks of DOM, and can they be disentangled by characteristic molecular traits? (3) Is this high-energy, mesotidal system a net source or net sink of organic matter to the coastal North Sea?

To answer these questions, we conducted endmember sampling of seawater, groundwater, and porewater over four sampling campaigns across different seasons and tied their molecular DOM characteristics to electron acceptor distributions and dynamics (Ahrens et al., 2020). In addition, we investigated the co-evolution of DOC and DOM with the accumulation of the groundwater-tracer dissolved silicate (DSi; Oehler et al., 2019) and a DOM fluorescence marker which is known to accumulate in aged groundwater (Nelson et al., 2015; Kim and Kim, 2017). Finally, we investigated DOC and DOM release from the shallow STE over a tidal cycle in two different seasons. The assembly of these large and diverse datasets has enabled us to provide a comprehensive picture of DOM sources and sinks in the shallow STE.



MATERIALS AND METHODS


Study Site

Our study site is located on the northern coast of Spiekeroog Island, which is part of a barrier island chain in the southern North Sea at the German coast of Lower Saxony (Figure 1A). The islands’ freshwater lens (Figure 1B), as well as the beach site itself, have been subject to numerous investigations (for example Röper et al., 2012; Reckhardt et al., 2015; Beck et al., 2017; Reckhardt et al., 2017; Seibert et al., 2018, 2019a; Waska et al., 2019a, b; Ahrens et al., 2020). Briefly, the beach aquifer consists of medium- to fine-grained sands. A clay layer borders the freshwater lens at ∼40–50 meter below sea level (mbsl), but it is not known whether it extends underneath the whole beach aquifer as well (cf., Röper et al., 2012, and references cited therein). The beach length from dune base to low water line is approximately 200–300 m. In the intertidal zone, a shore-parallel runnel can be found downslope of the high water line, then the beach ascends to a ridge before descending toward the low water line (Figures 1C, 2). Both, ridge and runnel undergo strong topographic changes due to wave impact and winter storm floods (Waska et al., 2019b). Numeric models, as well as in situ porewater sampling campaigns, indicated that groundwater from the inland fresh water lens exfiltrates into the runnel as well as into the surf zone at the low water line (Beck et al., 2017; Grünenbaum et al., 2020). The high water line and ridge serve as main seawater infiltration zones, which drain into runnel and low water line during receding tide (Figure 2). Several studies have characterized the inorganic and organic geochemistry of the study site (e.g., Reckhardt et al., 2015; Beck et al., 2017; Waska et al., 2019b; Ahrens et al., 2020; Paffrath et al., 2020). Overall, the upper intertidal zone between high water line and runnel is dominated by a sharp oxic gradient. Between runnel and ridge, active nitrogen cycling (denitrification–nitrification) takes place, while Mn and Fe reduction prevail from the ridge toward the low water line. The horizontal succession of electron acceptors expands across the beachface width during winter and contracts during summer, thus shifting the borders of redox zones in the cross-shore direction between high and low water line (Ahrens et al., 2020).
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FIGURE 1. (A) Location of Spiekeroog Island in the German North Sea. (B) Enlarged map of box B, with central Spiekeroog in gray and the surrounding sea in white (H = Harbour of Spiekeroog, which faces the Wadden Sea to the South). The black line indicates the borders of the freshwater lens. The well sites sampled for this study are marked with a symbol and with numbers (modified from Seibert et al., 2018). The asterisk denotes the beach sampling site. (C) Typical beach morphology. HWL, high water line; LWL, low water line.
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FIGURE 2. Schematic diagram of a beach cross-section at the study site, modified from Waska et al. (2019b) and Ahrens et al. (2020). The landward side is South, the North faces the open North Sea. The gray–blue arrows depict flow from the islands fresh water lens, the green arrows show seawater circulation through the beach aquifer. In-1 and Ex-3 bracket the intertidal zone of the beach. The triangles on top indicate the direction in which the respective constituent concentrations increase, i.e., concentrations of reduced compounds increase toward the low water line. The yellow section is an approximation of the sampling depths covered in this study compared to the overall extent of the beach aquifer. Black boxes indicate the location of the transect stations. A detailed map of the transect points can be found in Ahrens et al. (2020), Figure 1C and Degenhardt et al. (2020), Figure 1.




Sampling


Intertidal Transects

Samples were collected in four campaigns: October 2016, March 2017, August 2017, and February 2018. With the exception of the March 2017 campaign, all campaigns took place during spring tide. In October 2016, porewaters from two cross-shore transects, approximately 60 m apart, with five stations and four depths (10, 30, 50, and 100 cm below surface) each were sampled. These stations spanned across the whole intertidal zone and covered the main morphological features (e.g., high water line, runnel, ridge, and low water line) and associated in-and exfiltration zones (Waska et al., 2019b). Further details on transect locations and sampling point distributions can be found in Ahrens et al. (2020), Figure 1C, and Degenhardt et al. (2020), Figure 1. Several stations from the October campaign were re-visited in March and August. Additionally, a third transect, parallel to the other two, was sampled ∼200 m further eastward in March 2017. In February 2018, transect sampling occurred in the vicinity of the most westward transect from October, but not at the exact same stations.

At the sampling stations, porewater was drawn using polyethylene (PE) syringes and stainless steel push-point samplers. Temperature, conductivity, oxygen, and fluorescent DOM (FDOM, excitation center-wavelength 375 nm, emission wavelength range >420 nm) were measured on site using hand-held multimeters (WTW Multi 3430/WTW pH/Cond 340i with TetraCon 925 Conductivity Sensor; FireStingGO2, Pyro-Science; Aquafluor, Turner Instruments). Details on instrument calibration can be found in Waska et al. (2019b) and Ahrens et al. (2020). FDOM measurements were conducted with filtered samples using Whatman Acrodisc GHP 0.2 μm syringe filters. Porewater samples for nutrients and trace metal analyses were collected with the syringes, filtered directly into low-density polyethylene (LDPE) bottles with 0.45 μm cellulose acetate syringe filters, and poisoned with mercury chloride (nutrients) or acidified with ultra-clean HNO3 to 1% (v/v) (trace metals, Ahrens et al., 2020). For DOC and DOM, porewater samples were collected from the samplers with a 12V-battery driven ceramic piston pump (Fluid Metering, Inc., NY, United States) and Norprene chemical tubing, and directly filtered into acid-washed high-density polyethylene (HDPE) sample bottles. The polypropylene (PP) inline filter holders were equipped with a sandwich of 0.8/0.2 μm acid-washed SUPOR filter membranes (Pall). From each station, 200 mL sample volumes were collected. Filtered samples were acidified with suprapur HCl to pH 2 in a University-associated local laboratory on Spiekeroog (Umweltzentrum Wittbülten) after each day of sampling, and stored in the dark at 4°C. In total, we extracted a maximum of ∼400 mL from each sampling depth for line purging, in situ measurements, and samples for processing in the laboratory. Using a sediment porosity of 0.3 (Grünenbaum et al., 2020), this would correspond to a sampling halo with a radius of ∼7 cm. Therefore, we assume that the sample radii of the different depths did not overlap substantially.



Seawater and Groundwater Endmembers

Seawater samples were collected from the nearshore surf zone using acid-washed Nalgene 2 L polycarbonate (PC) bottles, and kept onsite in cool boxes. They were either filtered in between porewater stations during the day, or at the end of the sampling day in the laboratory, using the same pump and filter setup as the porewater samples. In September 2016, groundwater samples were extracted from eight monitoring wells located at different depths (∼6–40 m) in the unconfined aquifer of the islands’ freshwater lens (Figure 1B; Seibert et al., 2018). The direct distance between the well locations and the beach sampling site ranged from ∼900 to 1,400 m (Figure 1B). Fourteen samples were collected in total, which were not filtered but directly acidified, and stored cool in the dark (4°C). Although groundwater travel times from the wells to the beach site (range of decades) are expected to largely exceed the time scale between groundwater and beach porewater sampling campaigns (1–2 years), we acknowledge that differences in sampling dates and sample treatment (filtered vs. non-filtered) may impact DOM composition, and thus the interpretation of endmember data has to be done with caution. In August 2017, porewater was sampled from ∼2 m depth at the dune base of Spiekeroog beach. Samples from this site had a salinity of <1 and represented a shallow groundwater source to the beach STE (hereafter named “dune porewater”). They were filtered, acidified, and stored together with the intertidal porewater samples.



Runnel Time Series

In March and September 2019, time series sampling was conducted to assess the geochemical impact of exfiltrating beach porewater on the nearshore water column. Both March and September sampling campaigns took place during morning low tides (9:58 and 9:43, respectively), with spring tidal ranges (2.8 and 3.5 m, respectively). Water samples were collected from the runnel which serves as a tidal channel, draining first the seawater from tidal inundation and then increasing amounts of exfiltrating porewater as the upper sediment layers are drained. For each of the two campaigns, water from the runnel was sampled approximately every hour over one tidal cycle, filtered on site, and acidified and stored at 4°C in the dark. In the March 2019 campaign, 200 mL samples were collected, in September 60 mL samples were collected, due to a change in the solid-phase extraction procedure for DOM.



Sample Processing and Analyses


Nutrients, Trace Metals, DOC, and TDN Analyses

Details on measurement of dissolved nitrogen species, as well as dissolved Fe and Mn, are published in Ahrens et al. (2020). The data are available on PANGAEA (doi.pangaea.de/10.1594/PANGAEA.905932). Phosphate was determined spectrophotometrically according to the methods of Itaya and Ui (1966) for phosphate <2.1 μM, and Laskov et al. (2007) for phosphate >2.1 μM. Dissolved silicate (Si(OH)4) in beach samples (porewater, seawater, runnel water, and dune base groundwater) was analyzed spectrophotometrically (Grasshoff et al., 1999) with a precision and trueness better than 10%. In the groundwater samples from the inland wells, Si(OH)4 was measured by ICP-OES, with a precision better than 5% and trueness better than 15%. Further, total alkalinity was analyzed using spectrophotometric method according to Sarazin et al. (1999). DOC and total dissolved nitrogen (TDN) were measured with a Shimadzu TOC-VCPH against a deep sea Atlantic reference material (Hansell Lab, FL, United States), with precision and trueness better than 5%.



Molecular Characterization of DOM

For molecular analysis of DOM, 200 mL (seawater, porewater, and groundwater) acidified samples were desalted and concentrated by solid-phase extraction with help of 200 mg Agilent BOND ELUT cartridges following the protocol by Dittmar et al. (2008). For the runnel time series of March and September 2019, 40 mL samples were extracted onto 100 mg cartridges. This change in DOM isolation procedure was implemented in the late stage of the project to decrease sample collection and processing times. After repeated (3–4x of sample volume) washing with ultrapure water (UPW) acidified with HCl to pH 2, cartridges were dried with Argon gas. All samples were then eluted from the cartridges with Optima grade methanol (Fisher Scientific) into acid-washed, methanol-conditioned 4 mL HDPE bottles, and stored at −20°C in the freezer. Thereafter, samples were analyzed on a 15 Tesla Bruker solariX XR FT-ICR-MS (Fourier transform ion cyclotron resonance mass spectrometer) equipped with an electrospray ionization (ESI) source. For analysis of the beach porewater, sea water, and groundwater endmember samples, mass spectra were acquired using hand injection. The samples were adjusted to 5 ppm DOC with a 1:1 methanol–UPW mixture, filtered through 0.2 μm PTFE filters, and measured in broadband ESI negative ionization mode, with a flow rate of 20 μL min–1 and an ion accumulation time of 0.2 s. For each sample, 500 scans were acquired. For analysis of runnel time series, mass spectra were acquired using a HyStar Autoanalyzer, which was installed and hyphenated to the FT-ICR-MS at a later stage of the project, and which uses a higher injection flow rate. The samples were adjusted to 2.5 ppm DOC with a 1:1 methanol-UPW mixture and then measured in broadband ESI negative ionization mode, with a flow rate of 40 μL min–1 and an ion accumulation time of 0.2 s. For each sample, 200 scans were acquired. Together with the samples, an in-house deep-sea reference sample (North Equatorial Pacific Intermediate Water, NEqPIW) was measured daily to control instrument drift.

Acquired mass spectra were calibrated internally against a NEqPIW-based mass list of confirmed molecular formulae with an error of <0.1 ppm. Thereafter, the mass spectra were processed using the ICBM-OCEAN freeware (Merder et al., 2020) to remove noise, align samples along matching masses, and assign unique molecular formulae to each mass. Formula assignment was done with an error of <0.5 ppm, with the elemental setting C1–100H1–200O1–70N0–6S0–2P0–1. To yield unique formula assignments, the ICBM-OCEAN program applies a hierarchy of knock-out criteria as follows: isotopologue verification > homologous series length > assignment error. All assigned unique molecular formulae were classed into distinct molecular groups based on their elemental ratios (Supplementary Figure 1).



Data Processing

We assembled two main datasets of DOM molecular composition and environmental parameters: Dataset one contained all groundwater, dune porewater, seawater and beach porewater samples, and dataset two contained the two runnel time series. Therefore, all data processing as described below was done on each of the two sets individually. For DOM, the acquired mass cross tables were filtered to retain only the monoisotopic mass of each assigned molecular formulae. This approach increases the relative contribution of less abundant masses, as series of 13C-containing masses of more abundant compounds are removed before further statistical analyses. Thereafter, samples were normalized against the sum of their intensities. The weighed sums of molecular properties (e.g., elemental composition, compound group classification) were calculated based on the distribution of relative signal intensities in the mass spectrum. In addition, we retrieved and applied four source-based and processing-based DOM molecular indices from the literature, which had been developed previously in other environmental settings (Supplementary Figure 1):

i   A molecular degradation index (“Ideg”), which consists of ten ubiquitous molecular formulae, and which was developed in an open ocean setting and calibrated against the Δ14C radiocarbon age of DOM (Flerus et al., 2012).

ii A broad DOM lability index (“MLB_l”) which considers the H/C ratio of all molecular formulae in a sample, dividing them along a “molecular lability boundary” of H/C = 1.5 (D’Andrilli et al., 2015).

iii A terrestrial index (“ITerr”) consisting of 80 ubiquitous molecular formulae, which were significantly correlated with the salinity gradient of the Amazon estuary (Medeiros et al., 2016).

iv A bioproduction index (“Ibioprod”) of ten ubiquitous molecular formulae which were associated with fresh DOM release from aquatic primary production in a controlled marine mesocosm (Osterholz et al., 2015; Seibt, 2017).

Statistical analyses and plotting were done in R Studio (R version 3.5.3), using the packages vegan, ggplot2, plyr, and corrplot. Multivariate statistics primarily consisted of principal coordinate (PCoA) analyses of normalized DOM mass spectra using Bray-Curtis dissimilarities. The DOM-based distributions were correlated with environmental data (e.g., geographical location, physical properties, inorganic parameters) and weighed sums of molecular properties (e.g., elemental composition, compound group classification) using vegans envfit function (Oksanen et al., 2013). Co-variations between relative intensities of molecular formulae and environmental parameters [e.g., salinity, Si(OH)4] were done with Spearman’s rank correlation. Group comparisons were conducted with pairwise Wilcoxon rank-sum tests.



RESULTS


Endmember Geochemistry and DOM Characteristics

Salinities increased in the order groundwater < dune porewater < beach porewater < seawater, whereas concentrations of dissolved oxygen increased in the order groundwater < beach porewater < dune porewater < seawater (Supplementary Table 1). Furthermore, nitrate concentrations in dune porewater were 10- to 100-fold higher, and phosphate concentrations up to 10-fold higher, compared to the other endmembers. Beach porewater displayed the highest levels of dissolved Fe and Mn concentrations compared to groundwater, dune porewater, and seawater. On the other hand, freshwater lens groundwater had the highest ranges for DOC, Si(OH)4, and FDOM concentrations (Supplementary Table 1).

A large DOM molecular dataset (>50,000 assigned unique molecular formulae) was produced from a total of 211 samples (groundwater, dune porewater, seawater, and beach porewater). Overall, groundwater samples yielded on average the highest number of assigned molecular formulae, and seawater samples the lowest (Supplementary Table 2). Similarly, DOM from groundwater samples had the highest average mass, and DOM from seawater the lowest. While no distinct trend in elemental O/C ratios could be found, average H/C ratios were overall highest in seawater and lowest in dune porewater. In line with the H/C ratios, unsaturated, aliphatic compounds, as well as the indicator for molecular lability (MLB_l; D’Andrilli et al., 2015), displayed the highest values in seawater (p < 0.001, Wilcoxon rank-sum test between seawater and groundwater). On the other hand, indicators of less saturated compounds, for example the aromaticity index (AI.mod) and the calculated double bond equivalents (DBE) were generally lower in seawater compared to groundwater and beach porewater (p < 0.05, Wilcoxon rank-sum test between seawater and groundwater). The relative abundances of aromatic compound groups, and the terrestrial index (ITerr) were also lower in seawater and beach porewater compared to groundwater, and reached their maximum values in the dune porewater samples.

The freshwater lens samples displayed a large heterogeneity with regards to Si(OH)4, DOC, and FDOM concentration ranges, as well as ranges of DOM molecular indices (Figure 3 and Supplementary Figure 2). Spearman rank tests revealed no significant correlation of the chemical parameters with groundwater ages (Seibert et al., 2018; Figure 4), well locations, or well depths. In beach porewater samples, Si(OH)4, and FDOM concentrations, as well as ITerr values slightly increased with decreasing salinities, while DOC concentrations were relatively low throughout (Figure 3). All four molecular indices were significantly correlated with DOC concentrations in beach porewaters and seawater (Supplementary Figure 2), most notably Ideg (Supplementary Figure 2B) with a p < 0.001 and a negative correlation coefficient of ρ = −0.79 (Supplementary Figure 2B, insert).
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FIGURE 3. (A) Si(OH)4, (B) DOC, (C) FDOM, and (D) ITerr vs. salinity. The blue and red colors indicate fresh (groundwater and dune porewater) and brackish/saline (beach porewater and seawater) samples, respectively. Symbols indicate campaign season (see also Figure 4): Triangles = October, diamonds = March, squares = February, upside down triangles = September. Numbers indicate groundwater wells (see also Figure 1).
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FIGURE 4. Principal coordinate analysis (PCoA) using Bray-Curtis similarities of DOM molecular composition. Numbers next to inland well samples correspond to well locations as in Figure 1, with A and B indicating shallow (∼6–10 mbsl) and deep (∼20–40 mbsl) wells, respectively. Tan numbers denote 3H/3He dated groundwater ages (Seibert et al., 2018). Green numbers denote direct distance of well sites from the low water line. Blue arrows display significant (p < 0.05) correlations of environmental parameters with the principal coordinates, with the direction of the arrow indicating positive correlation, and its length indicating strength of the correlation coefficient. Environmental parameters contain geographic (Universal Transverse Mercator coordinates, elevation, sampling depth), and physico-chemical data (NH4+, TDN, PO43–, Si(OH)4, O2, NO2–, Salinity, Mn, Temperature, Fe). Black arrows display significant (p < 0.001) correlations of DOC and FDOM concentrations, and chemical DOM properties (intensity-weighed) with the principal coordinates. These include (i) relative abundances of elements and elemental ratios (e.g., C, H/C, O, N) of assigned molecular formulae, (ii) relative abundances of compound classes (Supplementary Figure 1, e.g., Ar.Or = Aromatic oxygen-rich, HU = highly unsaturated), (iii) relative distribution of indices (e.g., AI.mod, double bond equivalents = DBE, MLB_l, ITerr).


Via PCoA of DOM molecular composition, we condensed the extensive molecular information of all endmember water samples, i.e., relative abundances of all assigned molecular formulae, into two coordinates (PC1 and PC2). Together, the two principal coordinates explained 43.5% of DOM molecular composition. In the PCoA bivariate plot, three sample groups were distinguished along the first coordinate (PC1): A relatively compact aggregation of beach porewater samples, a widely distributed assembly of groundwater samples from the freshwater lens, and brackish beach porewater samples from the low water line plotting in between (Figure 4). In addition, dune porewater occupied a niche separated from the beach seawater, porewater, and groundwater samples along the second coordinate (PC2). This group was associated with high abundances of aromatic indicators (Ar, AI.mod) and ITerr. PC1 was significantly positively correlated with salinity, and significantly negatively correlated with Si(OH)4 and FDOM concentrations. Seawater and beach porewater samples associated with high salinity were also linked with unsaturated compounds, particularly those containing nitrogen, and with high abundances of the lability index MLB_l. PC2 was negatively correlated with O2 concentrations and relative abundances of highly unsaturated compounds (HU), and positively correlated with Fe and NH4+ concentrations, and relative abundances of aromatic compounds (Ar).

In addition to sample-specific DOM molecular fingerprints, we also found distinct molecular properties correlating (Spearman rank test) in their relative abundances to concentrations of the environmental parameters DOC, FDOM, Si(OH)4, Fe, and O2 (Figures 5A–E) in beach porewater and seawater samples. DOC concentrations were significantly positively correlated with relative abundances of unsaturated compounds and aromatic, oxygen-rich compounds, and significantly negatively correlated with relative abundances of highly unsaturated compounds (Figure 5A). In contrast, FDOM, Si(OH)4, and Fe concentrations were significantly positively correlated with relative abundances of aromatic compounds and highly unsaturated compounds with an H/C ratio lower than ∼1.2 (Figures 5B,D,E). FDOM and Si(OH)4 were furthermore significantly negatively correlated with relative abundances of highly unsaturated compounds with an H/C ratio higher than ∼1.2 (Figures 5B,D). O2 concentrations showed a contrasting pattern to that of FDOM, Fe, and Si(OH)4 concentrations, and were significantly negatively correlated with relative abundances of aromatic compounds and highly unsaturated compounds with an H/C ratio lower than ∼1.2 (Figure 5C). A pairwise Wilcoxon rank-sum test comparing DOM composition in beach porewaters from the high water line (In-1) and runnel (Ex-3) revealed relative enrichment of In-1 with unsaturated and aromatic compounds, and relative enrichment of Ex-3 with highly unsaturated compounds (Figure 5F).
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FIGURE 5. (A–E) Van Krevelen plots of compounds significantly correlating with environmental parameters (Spearman rank test, p < 0.05). Blue color indicates positive correlations (ρ > 0.5) and red color negative correlations (ρ < −0.5). (F) van Krevelen plot of compounds associated with beach porewaters from the high water line (green color) vs. compounds associated with beach porewaters from the runnel (Ex-2, tan color). Only compounds are shown which are significantly higher in either compartment (Wilcoxon rank-sum test, p < 0.05, ratio > 1). The background colors of the plots refer to compound group classes as described in Supplementary Figure 1A.




Spatial and Temporal Variations of Beach Porewater Physico-Chemistry

Seawater temperatures were 12.4°C in October, 7.5°C in March, 18.5°C in August, and 3.2°C in February. Beach porewater temperatures were 11.8 ± 1.1°C in October, 8.8 ± 1.3°C in March, 18.1 ± 0.8°C in August, and 4.5 ± 1.0°C in February. No significant differences (pairwise Wilcoxon rank-sum test, p < 0.05) were found between concentrations of the groundwater tracer Si(OH)4 (Oehler et al., 2019) of the four sampling campaigns, although concentrations in August were slightly elevated compared to the rest (Figure 6A). On the other hand, Si(OH)4 concentrations from all campaigns combined differed significantly between in- and exfiltration compartments in the cross-shore direction (Figure 6B). Si(OH)4 concentrations generally increased with sampling depth (Figure 6C), but the differences between the depths were not statistically significant. In contrast to Si(OH)4, FDOM distributions showed an overall trend of increasing concentrations from October 2016 to February 2018 (Figure 6A, green color code). Nevertheless, FDOM mostly co-varied with Si(OH)4 on a spatial scale, and FDOM and Si(OH)4 concentrations in beach porewaters were significantly positively correlated across all seasons and depths (Spearman rank test, p < 0.001, ρ = 0.64).
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FIGURE 6. Boxplots of Si(OH)4 concentrations (A) for the four campaigns, (B) along the cross-shore transects, and (C) at sampled sediment depths (0 m represents seawater). Numbers next to brackets denote median Si(OH)4 concentrations, numbers in brackets indicate number of samples. Numbers above display p-values for pairwise Wilcoxon rank-sum tests. The white to green color scale corresponds to increasing FDOM concentrations (also denoted by the numbers in the boxes below the median line). The captions in plot (B) refer to in- and exfiltration zones defined in Figure 2.


Dissolved organic carbon concentrations of all stations and depths were significantly different between seasons (pairwise Wilcoxon rank-sum test, p < 0.05), increasing in the order February < October < March < August (Figure 7A). In addition, DOC concentrations were significantly different amongst cross-shore compartments, with highest concentrations in seawater and lowest concentrations in Ex-2 porewater (Figure 7B). Overall, DOC concentrations decreased with increasing sediment depth (Figure 7C). Across all temporal and spatial scales, the MLB_l was significantly positively correlated with DOC concentrations (Spearman rank test, p < 0.001, ρ = 0.36).
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FIGURE 7. Boxplots of DOC concentrations (A) for the four campaigns, (B) along the cross-shore transects, and (C) at sampled sediment depths (0 m represents seawater). Numbers next to brackets denote median DOC concentrations, numbers in brackets indicate number of samples. Numbers above display p-values for pairwise Wilcoxon rank-sum tests. The green to tan color scale corresponds to decreasing MLB_l values (also denoted by the numbers in the boxes below the median line). The captions in plot (B) refer to in- and exfiltration zones defined in Figure 2.


Concentrations of total alkalinity (TA) were only determined in beach porewater, seawater, and dune porewater samples and ranged from 1.75 to 6.74 mM. They were highest in dune porewater and lowest in seawater (Supplementary Table 1). In beach porewater, TA was significantly negatively correlated with concentrations of dissolved O2 (Spearman rank test, p < 0.001, ρ = −0.33), and significantly positively correlated with concentrations of dissolved Fe (p < 0.001, ρ = 0.49) and Mn p < 0.001, ρ = 0.50). Overall, highest TA concentrations were found in the August campaign (Supplementary Figure 3A). Analogous to Si(OH)4, TA concentrations increased in beach porewaters in the cross-shore direction and with increasing sediment depth (Supplementary Figures 3B,C). The degradation index Ideg displayed some contrasting patterns to TA: Although it generally increased together with TA in the cross-shore direction and with increasing sediment depths, it decreased again at the infiltration zone In-2, in parallel with increasing DOC concentrations and increasing MLB_l values. Additionally, it was lowest in the August campaign when TA was highest (Supplementary Figure 3A).



Runnel Time Series

The runnel water temperature in March 2019 ranged between 8.3 and 8.7°C, whereas in September 2019, runnel water temperature ranged from 16.3 to 19.1°C. Overall, water levels in the runnel decreased from ∼1 m during high tide to ∼10–20 cm during low tide. During both campaigns, Si(OH)4 concentrations were ∼4–6 fold higher in the runnel during low tide compared to high tide, while DOC concentrations were ∼30–40% lower (Figures 8A,B). Amongst DOM molecular indices, Ideg showed diverging trends, with decreasing values toward low tide in March and increasing values toward low tide in September (Figures 8C,D). Finally, the MLB_l decreased toward low tide in both campaigns (Figures 8E,F). An apparent time lag between tidal heights and temporal geochemical gradients was observed in March, but not in September (Figures 8A–F).
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FIGURE 8. Temporal trends in concentrations of Si(OH)4, a well-known SGD tracer (Oehler et al., 2019) [light blue, (A–F)] and DOC [orange, (A,B)] and magnitudes of Ideg [green, (C,D)] and MLB_l [purple, (E,F)], in runnel water samples collected in March 2019 (A,C,E) and September 2019 (B,D,F). The green bar indicates time of low tide.




DISCUSSION


Sources of Terrestrial DOM to Spiekeroog STE

In line with a previous campaign at the same study site (Beck et al., 2017), DOM molecular composition of beach porewaters was distinctly different from that in the freshwater lens, both from inland and the dune site (Figure 4). Surprisingly, the DOM composition in the brackish porewater sites at the low water line was more similar to that in the wells from the freshwater lens (distances of ∼600–2,000 m) compared to the samples collected from the dune base onsite (distance of ∼300 m). Therefore, at the low water line, DOM was likely a mixture of groundwater from the main lens below the island and the discharging recirculated seawater (Figure 3). It should be noted that amongst the groundwater well samples, there was no group or cluster formation based on e.g., location, groundwater age or sampling depth (shallow wells “A” vs. deep wells “B”). Furthermore, the wells’ distances from the low water line did not appear to influence their distribution relative to the brackish low water line samples in the PCoA plot (Figure 4). Although the average of the terrestrial index ITerr was higher in well groundwater compared to beach porewater (Supplementary Table 2), it did not display a pronounced trend with salinity and differed vastly between wells (Figure 3D). All sampled wells are located in the same vegetation zone (Röper et al., 2012): Gray dunes, dominated by grass, for example Corynephorus canescens, herbaceous plants, moss, and lichens) with the exception of well 26, which is in the brown dune zone (dominance of perennial shrubs, mostly Empetrum nigrum). Because of the relatively homogeneous local vegetation patterns, together with the long flowpaths associated with the sampled depths (∼6-40 m) we do not assume a direct link between current plant communities and the very high DOM heterogeneity between the wells. Overall, the geology of the island consists of pre- and postglacial sand deposits, with a clay aquitard at ∼40 m depth, and peat and salt marsh deposits occurring in patches throughout the island (Streif, 2002) which likely affect groundwater well DOM composition locally. Peat porewater is enriched in aromatic compounds compared to seawater (Riedel et al., 2012), and peat-influenced groundwater will have a higher ITerr compared to groundwater not in contact with peat, because the ITerr index is positively influenced by compounds of a higher aromaticity (Medeiros et al., 2016). Variations in the contribution of soil horizons to groundwater DOM can also influence ITerr, as topsoil DOM often has higher aromaticity compared to subsoil DOM (Shen et al., 2015; Anderson et al., 2019). On the other hand, DOM adsorption to mineral phases decreases ITerr, because it also targets more aromatic compounds of the DOM pool (Shen et al., 2015; Linkhorst et al., 2017). Originally, ITerr was developed using Amazon estuarine samples (Medeiros et al., 2016) and it may not be applicable as an unambiguous terrestrial endmember marker for subterranean estuaries. However, it could reveal mineral-water interactions along groundwater flowpaths, or be a valuable indicator of local peat or paleosol deposits in the coastal aquifer. In line with our study from the German North Sea coast, peat and/or paleosol leaching by groundwater was observed in coastal aquifers in Australia and North America (Goñi and Gardner, 2003; Couturier et al., 2016; McDonough et al., 2020b). This process can enrich coastal groundwater DOC concentrations up to tenfold compared to the global average (McDonough et al., 2020c; Meredith et al., 2020). Therefore, the transfer of ancient organic matter deposits from deep aquifers to surficial environments (with high degradation potential) could be an important process in the global coastal carbon cycle.

The similarities of DOM molecular properties between brackish beach porewater and freshwater lens groundwater were quite astonishing, and differed mainly by the much higher DOC concentrations in the latter (∼200–1,000 μM) compared to the former (∼100–150 μM). Previous research on Spiekeroog beach (and other STEs worldwide) has mainly focused on characterizing the freshwater endmember directly at the shoreline (Reckhardt et al., 2015; Seidel et al., 2015; Beck et al., 2017). In agreement with Anschutz et al. (2016), our data indicates that information about the inland watershed is necessary to constrain endmembers to the beach STE. However, a substantial unknown in our study, as well as in the current STE literature, is the fate of DOM on its transport between the inland wells and the beach STE. For example, we do not have any detailed information about the quantity and quality of the sedimentary organic matter below the dune belt. Even the particulate OC content of <0.03–0.04%% found in Spiekeroog beach sands (Beck et al., 2017; Seibert et al., 2019b) would correspond to several hundred fold higher DOC concentrations than the ones we measured in any of our samples. Therefore, it is likely that a continuous addition via the solid phase occurs along the decade-long flowpaths of the inland groundwater toward the shoreline. Based on the molecular similarities of the groundwater and brackish porewater DOM, we propose that any added DOM below the dune belt likely has comparable sedimentary sources (soils, peat, and vascular plant material) as the wells, and is processed under similar conditions. Employing a numerical density-dependent groundwater flow and transport model of the site, Grünenbaum et al. (2020) calculated a water travel time from the dune to the low water line of 16–18 years. With a mean 3H/3He age of 20–30 years of the freshwater lens (Röper et al., 2012; Seibert et al., 2018) and adding another 10–20 years to pass the STE, the mean age of the discharging fresh groundwater must be around 30–50 years. Further, numerical modeling of the reactive transport processes within the freshwater lens revealed a low sulfate reduction rate of maximum 0.015 nmol/mL/day (Seibert et al., 2019a). Therefore, it is possible, that the low availability of electron acceptors, together with the aged DOM, result in a low reactivity along the flowpath. Using this maximum sulfate reduction rate and assuming a maximum mean age of 50 years, this would yield a degradation of ∼140 μM DOC, which is less than the observed difference between the average DOC concentrations of the groundwater and beach porewater, respectively (Supplementary Table 1). Another DOM removal process could be adsorption onto reactive iron oxides (Linkhorst et al., 2017), which are found in small but constant amounts (∼10 mmol/kg) in surface (<2 m) sediments from our study site (Ahrens, 2016) as well as in sediment cores (up to 10 m) from a dune site in the Eastern part of the island (Seibert et al., 2019a). Considering the affinity of terrestrial, plant-derived DOM for Fe-Oxide binding, the potential of the solid phase as a (transient) storage of OC could be substantial and needs to be investigated in more detail in future studies, similar to Sirois et al. (2018). We also suspect decreases of freshwater lens-derived organic matter under the dune belt, as it mixes with dune porewater, which is in contact with the atmosphere, and which has lower DOC, higher oxygen, and higher FDOM concentrations (Supplementary Table 1; Figures 3B,C; Anschutz et al., 2016). Finally, degradation of terrestrial DOM could be accelerated once it reaches the intertidal zone, due to the deep injection of seawater rich in labile DOM (“priming”; Bianchi, 2011) and electron acceptors (e.g., oxygen, nitrate, and sulfate; Ahrens et al., 2020; Grünenbaum et al., 2020).

At the dune base, DOM was remarkably enriched with aromatic compounds compared to all other endmember samples (Figure 4 and Supplementary Table 2). As we only sampled this endmember in August, it may not be representative for the remainder of the year. In the area of the dune base, so-called “Winterspülsaum” was observed, a beach wrack deposition area mainly composed of kelp (Fucus sp.) and dune grass (Ammophila arenaria) washed high up the shore during winter storms. It appears that this buried plant material, which is not reached during regular tidal inundation, influences dune porewater composition as it is leached into the aquifer by infiltrating rainwater. Unfortunately, it was not possible in the scope of this study to access deeper layers of the beach fresh groundwater endmember. Effectively, we are treating the deep beach aquifer as a “black box” of which only the infiltrating seawater, and the exfiltrating porewater (brackish and saline), are well-characterized (Figure 2). The relative contributions of different groundwater layers are unknown, since the brackish porewater samples contain a processed composite of groundwater from the entire freshwater lens. In a study on Spiekeroog South Beach, groundwater DOC concentrations varied between ∼100 and 400 μM over a sampling depth of only 1.5 m (Waska et al., 2019a). Little is known about vertical distributions of groundwater DOM in STEs, since spatial and temporal observations of DOC and DOM endmembers are often discussed in the context of seawater-groundwater mixing (e.g., Santos et al., 2009; Seidel et al., 2015). Most STE studies focus on the upper ∼2–3 m (e.g., Roy et al., 2010; Kim et al., 2012; Seidel et al., 2015; Yang et al., 2015; Couturier et al., 2016) although sampling of 4 m depth or more (Charette and Sholkovitz, 2006; Beck et al., 2017; Kim et al., 2019; Meredith et al., 2020) revealed, in some cases, variations in DOC of up to 100-fold between sampling depths at the same station (Charette and Sholkovitz, 2006; Meredith et al., 2020). On Spiekeroog, the upper saline plume(s) alone reach (modeled) depths of ∼20 m (Figure 2; Grünenbaum et al., 2020). Therefore, probing of groundwater layers at the dune site up to 20–30 m depth may be necessary to capture all sources of terrestrial organic matter to the beach STE.



DOM Turnover in the STE

Our DOC and DOM data confirm earlier findings that seawater provides relatively fresh, labile organic matter to beach aquifers (e.g., Figures 2, 7 and Supplementary Tables 1, 2; Seidel et al., 2015). Across the beach STE, a general inverse relationship between DOC concentrations and Ideg could be found (Supplementary Figure 2D), whereas higher DOC concentrations were associated with higher values of molecular lability and bioproductivity indices. Environmental parameters indicative of relative water residence time in the STE in a qualitative sense, i.e., O2, Fe, and Si(OH)4 (Reckhardt et al., 2015; Oehler et al., 2019; Ahrens et al., 2020) revealed increasing relative contributions of highly unsaturated and aromatic compounds to the DOM pool with increasing porewater age. Furthermore, FDOM increased with increasing water residence times, making this fluorescence component a potential groundwater tracer as previously proposed in other coastal environments (Kim et al., 2012; Nelson et al., 2015; Kim and Kim, 2017). It should be noted that Si(OH)4 and FDOM concentrations are highly influenced by the relative contributions of the fresh groundwater endmember (Supplementary Table 1; Figure 6; Ehlert et al., 2016), and that is difficult to separate patterns of accumulation along the flowpath from additions of our fresh groundwater endmember due to its large concentration ranges (Figure 3). On the other hand, compounds positively correlated with Fe concentrations could be not only the result of accumulation due to water age, but also from release of sedimentary OC due to reduction of reactive Fe oxides (Waska et al., 2019b).

As a general paradigm, the average H/C ratio of DOM molecular formulae is often considered an indicator of DOM lability, with compounds of H/C ratios >1.5 being degraded more rapidly than those with H/C ratios <1.5 (D’Andrilli et al., 2015), and with aromatic compounds being the most resistant to degradation due to the stability of the aromatic ring structures. However, environmental and experimental data from open ocean to freshwater environments showed that increased degradation is characterized by increased relative abundances of highly unsaturated compounds with intermediate H/C ratios of ∼1.2 and O/C ratios of ∼0.5, at the cost of both, less and more saturated compounds (“island of stability”; Lechtenfeld et al., 2014; Mostovaya et al., 2017). Figures 5A,F show DOM composition changes toward the “island of stability” with decreasing DOC concentrations and increasing water residence times. Therefore, degradation of both, aliphatic and aromatic compounds appears to take place in the beach STE. In addition, removal of aromatic compounds due to adsorption onto reactive iron oxides may occur along the advective porewater flowpath (Linkhorst et al., 2017; Sirois et al., 2018).

We are aware that water residence time and porewater age are inherently difficult to define in the beach STE. Based on groundwater age dating and numerical models of the local flowpaths (Röper et al., 2012; Beck et al., 2017; Grünenbaum et al., 2020), we posit that groundwater from the freshwater lens is the oldest endmember, and infiltrating seawater at the high water line the youngest, with regards to autochthonous DOM contribution. The combination of beach seawater circulation and old groundwater would then result in an overall increase of water age from high to low water line, particularly from the runnel onward, where increasing contributions of fresh groundwater are to be expected (Beck et al., 2017; Waska et al., 2019b). Tidal inundation may “reset” water age in the intertidal zone, most prominently at the ridge. Indeed, Figures 6, 7 show some similarities between In-1 and In-2. Nevertheless, the overall higher elevation, together with an overall higher hydraulic gradient, between high water line and runnel compared to that between ridge and low water line, seems to ensure that the largest seawater volumes are circulating through the upper intertidal zone of the beach (Figures 2, 5F, 7B). This geochemical pattern is supported by numerical models calculating fourfold higher discharge volumes in the runnel compared to the low water line (Waska et al., 2019b).

Even with fresh groundwater influence, DOC concentrations in beach porewater (across all samples and seasons) were consistently lower compared to those in both seawater (by ∼40 μM) and groundwater (by ∼160 μM when using the average of well groundwater and dune porewater, Supplementary Table 1). At the same time, oxygen concentrations decreased by >200 μM and nitrate concentrations by >100 μM (using average dune porewater and seawater, Supplementary Table 1), which would correspond to a respiration of ∼280 μM OC assuming stoichiometric reactions of only these dissolved reaction partners (Van Cappellen and Wang, 1996), and which would be more than sufficient to account for the observed loss of DOC. Of course, this very simple comparison of temporally and spatially averaged electron acceptor and electron donor budgets contains several large uncertainties: on the electron acceptor side, oxygen and nitrate participate in the chemical oxidation of reduced nitrogen, metal, and sulfur species, and could be added to shallow porewater throughout the intertidal zone via diffusion (contact with the atmosphere) as well as skin circulation during tidal inundation (Billerbeck et al., 2006; Ahmerkamp et al., 2017). Furthermore, manganese, iron, and sulfate reduction also occur on Spiekeroog beach, albeit to a lesser extent compared to oxic respiration and nitrate reduction (Ahrens et al., 2020). On the electron donor side, the concentration of the deep fresh groundwater endmember is not entirely known, and contributions of sedimentary and beach wrack OC to the porewater DOC pool could exceed DOC concentrations from sea- and groundwater by several fold in deeper (>1 m) parts of the beach STE, especially during spring and summer (Kim et al., 2019). In general, high-energy beaches are known as remineralization hot spots of marine-derived OC (McLachlan, 1982; Anschutz et al., 2009; Charbonnier et al., 2013), but the role of fresh groundwater as an additional substrate for the beach microbial community is not well understood. In this study, our data indicate that the “aged” DOM from groundwater still undergoes degradation before it discharges into the coastal ocean. Dynamic beach hydrology could enhance microbial respiration of terrestrial DOC by supplementing the fresh groundwater endmember with oxygen, nitrate, and labile marine organic matter (“priming”; Bianchi, 2011). It is not possible to determine, based on our environmental study, which effect (supply of oxygen vs. labile OC) is more prominent on Spiekeroog beach; laboratory mesocosms are needed in future study to disentangle electron acceptor and electron donor effects on beach OC respiration.



Exfiltration of DOM and Impact on Water Column

Our runnel time series support the observations in DOC concentrations found for the different endmembers, and indicate that exfiltrating beach porewater is generally DOC-depleted compared to surface seawater (Figure 8). This trend occurred parallel to the reliable increase of Si(OH)4, a well-known groundwater tracer (Oehler et al., 2019) during or after low tide, and was remarkably consistent in both runnel time series. Some concentration fluctuations occurred in our runnel time series data, as indicated by comparably larger standard deviations for some points in Figure 8. We attribute these to heterogeneities in the runnel water column, which had a dynamically changing water level and which may receive different water parcels from the draining sediments. However, such runnel time series seem to be a valuable asset to trace SGD impact in a high-energy environment where SGD-related chemical signals are diluted rather quickly by the adjacent coastal seawater. In line with our findings, a recent study on a diverse set of coastal zones, attributed dependency of STE source-sink functions to high OC loads in adjacent surface waters (Webb et al., 2019). This effect may be further exacerbated in high-energy beach STEs with high advective water throughput, which prevent efficient accumulation of DOC.

We emphasize that on a qualitative level, the Spiekeroog beach STE is still a source of terrestrial, as well as recycled, chemically modified, marine DOM (Supplementary Tables 1, 2 and Figure 7) to the nearshore water column. This modified DOM is enriched in humic-like FDOM and highly unsaturated compounds (Supplementary Tables 1, 2) and likely has contributed to the discharging inorganic nutrient pool, e.g., ammonium (Ahrens et al., 2020). In one of our runnel time series in March 2019, which took place shortly after the spring phytoplankton bloom, exfiltrating beach porewater appeared to be more labile (as indicated by Ideg) than the surrounding seawater, although it had less DOC (Figure 8C). This pattern was contradictory to our other results from the seasonal transects, as well as a runnel time series in September 2019 (Figures 7, 8). It could imply that a lag in sedimentary microbial response during times of high coastal water column productivity causes inverse patterns of DOM degradation, i.e., a more labile DOM pool found in the porewaters compared to a less labile, more degraded DOM pool in the seawater. In addition, we cannot present any porewater exfiltration data from the low water line, because time-series sampling and seepage meter placement in a high-energy surf zone presents a formidable, yet-to-overcome challenge. However, future DOM characterization of SGD from the low water line will be necessary to fully elucidate the impact of Spiekeroog beach porewater onto the adjacent coastal North Sea.



CONCLUSION

Our study indicates that the Spiekeroog high-energy beach STE conveys chemically modified, terrestrial DOM from the inland freshwater lens to the coastal ocean. Terrestrial DOM seems to stem from the groundwater lens, partly being supplemented by vascular plant leachates from the dune belt. Overall, Spiekeroog beach appears to be a very active DOM turnover site, where dissolved, marine, and terrestrial OC can be remineralized with high efficiency, and where microbial degradation are imprinted onto the molecular composition of DOM of exfiltrating porewaters. Based on our data, we suggest that this high-energy beach STE is a net sink for OC from both the terrestrial as well as the marine realm. Furthermore, we propose the East Frisian barrier island beaches may act as efficient “digestors” of organic matter, perhaps respiring DOC also from many other coastal sources (i.e., rivers, tidal flats) found in their vicinity.

We emphasize that our study also revealed several research gaps, which contribute to uncertainties in data interpretation: (1) A characterization of deeper (>1 m) STE layers is needed to constrain endmember hydrochemistry. (2) A thorough investigation of particulate and sedimentary organic matter in the beach is necessary to complete the qualitative and quantitative OC budget. (3) An experimental setup is crucial to derive accurate microbial respiration rates, and to disentangle impacts of electron acceptors vs. electron donors on OC remineralization in this dynamic, high-energy environment. (4) An expansion of STE research from micro- and meso- to more macrotidal, exposed, high-energy coastlines is required to confirm the universality and thus global relevance of our findings.
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The use of rare earth elements (REEs) as tracers for oceanic processes requires knowledge and quantification of their sources and sinks. Submarine groundwater discharge (SGD) has been suggested to be a potentially important source of REEs and other trace elements to the ocean. To investigate the processes affecting REEs in a subterranean estuary (STE) of a sandy beach system and their contribution to coastal waters of the southern North Sea, we analyzed dissolved REE concentrations in beach pore waters, coastal seawater and fresh groundwater on the barrier island Spiekeroog, German North Sea. The pore waters show variable REE concentrations (Neodymium between 6 and 54 pmol/kg), generally increasing from the upper beach to the shoreline. At the upper beach, mixing of coastal pore water with rainwater and scavenging lead to lower REE concentrations than in coastal seawater and high heavy (HREE) over light (LREE) REE ratios. Close to the low water line, the REE concentrations increase, partly exceeding seawater concentrations and showing a positive deviation from conservative mixing, with shale-normalized light and middle REE-enriched patterns. This is due to the release of light and middle REEs from degrading particulate organic material and potentially dissolution of Fe/Mn-oxides under reducing conditions. Reducing conditions are further supported by the change from a negative Ce-anomaly at the upper beach to no anomaly close to the low water line. Net SGD fluxes of both fresh groundwater and recirculated seawater are a source of light, middle and heavy REEs to the ocean, with a higher contribution of LREEs than HREEs compared to seawater. However, the total amount of REEs added to the North Sea by SGD from the East Frisian Islands is still ~500 times smaller than input from nearby rivers. An anthropogenic Gd signal higher than previously reported is present throughout the pore waters and seawater, indicating increasing accumulation of anthropogenic Gd in the coastal marine environment.

Keywords: rare earth elements, barrier island, North Sea, subterranean estuary, submarine groundwater discharge, Gd-anomaly, Ce-anomaly


INTRODUCTION

Rare earth elements (REEs) are widely used as tracers for oceanic processes like scavenging, redox changes, and provenance of particles or water. The REEs comprise the elements from lanthanum (La) to lutetium (Lu) that all exist in a trivalent oxidation state except for cerium (Ce) and europium (Eu) that can additionally be oxidized (CeIV) or reduced (EuII), respectively (Elderfield and Greaves, 1982). The REEs show similar chemical behavior with small differences due to the consecutive filling of the 4f electron shell with increasing atomic number that leads to a decrease in their ionic radii (e.g., Elderfield, 1988). In seawater, REEs are stabilized by carbonate complexes, with increasing stability of the complexes with increasing atomic number. This results in a decrease in particle reactivity from the light (LREEs) to the heavy REEs (HREEs) (Sholkovitz et al., 1994). The REE concentrations are usually shown in the sequence of increasing atomic number normalized either to a rock reference material (e.g., Post Archean Australian Shale (PAAS), Rudnick and Gao, 2003) or to a reference water mass. The shape of the resulting REE patterns can give insight into the scavenging intensity (high HREE/LREE = strong scavenging) or REE input from e.g., particle (coatings) or lithogenic sources (lower HREE/LREE). Furthermore, anomalies of single elements in comparison to their neighbor elements (all normalized to shale) point to oxic/sub- or anoxic conditions (negative/positive Ce-anomaly), basaltic influence (positive Eu-anomaly) or anthropogenic contamination (highly positive Gd-anomaly).

In order to use the REEs to study biogeochemical processes in the ocean, it is important to understand their input and removal pathways and quantify the respective rates. In the past, rivers were thought to be the main source of REEs to the ocean (Goldstein and Jacobsen, 1988), but based on mass balance calculations for neodymium (Nd), it was found that river input alone cannot account for the observed Nd concentrations and Nd isotope distributions in the ocean (Lacan and Jeandel, 2005). Subsequent studies (e.g., Tachikawa et al., 2003; Johannesson and Burdige, 2007) have suggested submarine groundwater discharge (SGD) as an additional potentially important source of REEs and other trace elements (Windom et al., 2006), nutrients (Anschutz et al., 2009), and contaminants (Bone et al., 2007; Trezzi et al., 2016) to the ocean. Submarine groundwater discharge is defined as the water that is flowing from the seabed on the margins to the overlying water column, including both fresh terrestrial derived groundwater and infiltrated seawater (Burnett et al., 2003). The term SGD is used independent of the mechanisms driving the water discharge like hydraulic gradients, tidal pumping, or current-induced pressure gradients (Burnett et al., 2003). Recent studies have demonstrated the potential of SGD in adding REEs to the ocean in quantities that are similar to or exceed those of either regional river input (e.g., Johannesson and Burdige, 2007; Johannesson et al., 2011; Kim and Kim, 2011; Chevis et al., 2015a), or sediment diffusive fluxes or atmospheric dust input (e.g., Kim and Kim, 2014), depending on the characteristics of the studied region. Particularly, it was suggested that SGD is a source of LREEs and middle REEs (MREEs), but a sink for HREEs (Johannesson et al., 2011; Chevis et al., 2015b). The observed high REE concentrations of SGD are suggested to be linked to the degradation of REE-rich relict terrestrial organic carbon (Duncan and Shaw, 2003) and/or the reduction of Fe-oxides under anoxic conditions in the sediments (Johannesson et al., 2011; Chevis et al., 2015b).

Sandy beach systems, as found on Spiekeroog Island, make up one third of the ice-free coastline worldwide (Luijendijk et al., 2018) and processes in their subterranean estuaries (STEs) may therefore have a major effect on coastal element cycles and global ocean trace element budgets.

It has been shown in many studies that the medical use of gadolinium (Gd) in urban areas results in a positive Gd-anomaly in terrestrial groundwaters (e.g., Knappe et al., 2005; Johannesson et al., 2017), rivers (e.g., Bau and Dulski, 1996; Kulaksiz and Bau, 2011; de Campos and Enzweiler, 2016), and coastal waters (e.g., Kulaksiz and Bau, 2007; Hatje et al., 2016; Pedreira et al., 2018). Due to its paramagnetic properties, Gd has been used in several contrast agents for magnetic resonance imaging (MRI) since the late 1980s (Bau and Dulski, 1996). Since Gd3+ is toxic to the human body due to its ionic radius that is similar to that of Ca2+ ions (Bourne and Trifaró, 1982), the Gd in the contrast agents is present in complexed form, e.g., gadolinium diethylenetriaminepentaacetic acid (Gd-DTPA) (e.g., Hatje et al., 2016). Because of the high solubility of the Gd complexes, they are not removed in waste water treatment plants and are discharged directly or via rivers into coastal seawater. In an experiment to investigate the behavior of Gd-DPTA during bank filtration, the half-life of Gd-DPTA was determined to be more than 100 days (Holzbecher et al., 2005). However, the authors suggested that different biogeochemical conditions in natural waters (e.g., different concentrations of organic matter) potentially influence the degradation of Gd complexes (Holzbecher et al., 2005). In estuaries, up to 15% of Gd-DPTA can dissociate due to the competition of Mg or Ca ions for DTPA (Schijf and Christy, 2018). Yet, because of the many different complexes in use, their stability may differ under natural conditions and little is known about degradation and transformation of the complexes under natural conditions (Birka et al., 2016).

In this study, we present concentrations of dissolved REEs in pore waters, seawater, and fresh groundwater from a beach site on the northern side of Spiekeroog Island, Germany, facing the open North Sea to investigate the behavior of REEs within the STE and their supply to the coastal waters. Moreover, comparison of natural, complexed, and non-complexed Gd in the STE pore waters and coastal seawater, provides age constraints on the pore waters and additional information on the processes in the STE. The studied STE has previously been shown to be a source of Fe, Mn, Mo, and nutrients to the coastal ocean whereas it is a sink for U, Re, and V (Ehlert et al., 2016; Beck et al., 2017; Reckhardt et al., 2017).



MATERIALS AND METHODS


Study Area and Sampling

The island of Spiekeroog is part of the barrier island chain in the German Wadden Sea about 6.5 km off the German main land (Figure 1). The island is subject to a mesotidal regime with a tidal range of approximately 2.6 to 2.8 m (Flemming and Davis, 1994). A freshwater lens in the western part of the island is formed by infiltrating rainwater (Röper et al., 2012). A clay layer at about 50 m below sea level separates the fresh groundwater from the underlying saline groundwater [OOWV (Oldenburg-OstfriesischerWasserverband), 2009]. Moore (1999) defined a coastal aquifer where fresh groundwater mixes with infiltrated seawater and is discharged to the coastal ocean as an STE, similar to a surface estuary (Pritchard, 1967). There are similar reactions altering the composition of the estuarine waters through interactions with particles in surface estuaries and STEs (Moore, 1999). An STE typically encompasses the following zones: an upper saline plume (USP) in the intertidal area where seawater is infiltrated and recirculated back to the coastal ocean, the classical saltwater wedge (SW, density-driven, deeper recirculation cell than the USP) below the mean low water line (MLWL), and confined between the USP and SW a freshwater discharge tube (FDT) that reaches the sediment surface close to the MLWL (Robinson et al., 2007). The STE on Spiekeroog exhibits the typical zonation of STEs with a USP, FDT, and SW as suggested by a hydrological model (Beck et al., 2017) (Figure 2).


[image: Figure 1]
FIGURE 1. Map of the study area Spiekeroog Island at the German North Sea coast. The beach porewater samples were taken at the north beach (black line, for details see Figure 2), freshwater samples from the freshwater lens of the island were collected from two observation wells (27 and 30) in the dune area (black squares).



[image: Figure 2]
FIGURE 2. Schematic overview of the subterranean estuary on Spiekeroog with its compartments upper saline plume (USP) and freshwater discharge tube (FDT). Background colors refer to the salinity of the pore waters. Filled circles show sampling depths for REE analyses, open circles indicate additional samples taken for other parameters (salinity, pH, Fe, Mn). Arrows indicate the generalized flow pattern within the STE, gray squares show the representative depths chosen for the flux calculations (representative depths for the FDT in the freshwater lens, not shown). The dashed lines represent the mean low water level (MLWL) and mean high water level (MHWL). Chart datum NHN equals approximately mean sea level. The three areas marked at the top in italics are used in the text for the different compartments of the STE instead of or in addition to the station numbers.


The upper dune area of the sampled transect (Figure 2, stations 0–1) is dominated by low salinities and oxic conditions, indicating recent rain infiltration. In the USP of the intertidal zone (Figure 2, station 2), salinities of 27–31.3 reflect the infiltration of seawater, while a drop to 2 % oxygen saturation below 2 m below sediment surface (mbsf) (Beck et al., 2017) indicates a change in redox conditions in the deeper part of the transect. The residence time of the waters in the USP has been modeled and indicated to be weeks to months depending on the depth (Beck et al., 2017; Waska et al., 2019). A small FDT was sampled at 1.5 and 2 mbsf at station 3, as indicated by low salinity, anoxic conditions (Beck et al., 2017) and high dissolved Si concentrations that are also found in the freshwater lens (Ehlert et al., 2016). Near the MLWL at the stations on the ridge (station 3, ≤ 1 mbsf and station 4), seawater is circulated in two small circulation cells, one discharging toward the runnel that separates stations 2 and 3, and one discharging to the open water (Figure 2). Most recent modeling results, however, suggest that the FDT on Spiekeroog is split, with parts of the FDT and SW located seaward of the ridge (Waska et al., 2019). Residence times of the pore waters covered by our sampling stations are weeks (saltwater) to years (freshwater) (Beck et al., 2017). The beach sediments are mainly composed of quarzitic fine to medium grained sand with layers of shells/shell debris, coarser-grained sand, heavy minerals or organic rich mud (Beck et al., 2017).

Beach pore water samples were collected on the northern open North Sea side of the island along a transect from close to the dunes to the MLWL in May 2014 in the framework of an interdisciplinary study (see Beck et al., 2017) (Figures 1, 2). Pore water samples from the beach transect down to 2 mbsf were taken using stainless steel push point samplers, for details see Reckhardt et al. (2015). Sediment depths exceeding 2 mbsf were sampled by elongating a stainless-steel tip stepwise with 90 cm long steel extension rods (outer diameter 15 mm). They were pushed into the sediment by percussion drilling as described in Charette and Allen (2006) and the samples were retrieved through a Teflon tube (inner diameter 5 mm) using a vacuum hand pump and filled into acid-cleaned 500 ml high-density polyethylene (HDPE) bottles. Seawater and runnel samples were taken at ~0.5 m water depth by submerging a 1 L polycarbonate bottle (Nalgene, acid-cleaned). The samples were filtered (AkroPak200 or 500 filter cartridges, pore size 0.8/0.2 μm) into acid-cleaned HDPE bottles in the lab within 8 h after sampling, acidified with ultra-clean 6N HCl to a pH of ~2, and stored for further processing in the home laboratory at the ICBM, Oldenburg. Samples from stations 3 and 4 were directly filtered through 0.45 μm surfactant-free cellulose acetate (SFCA) syringe filters into low-density polyethylene (LDPE) bottles and acidified at the sampling location with concentrated, self-distilled HNO3 to obtain an acid concentration of 1 % (v/v). Samples from the islands freshwater lens were obtained from two observation wells (27 and 30) and two depths per well in the dune area of the island (Figure 1) as described in Röper et al. (2012). The samples were filtered directly (AkroPak500 filter cartridges, pore size 0.8/0.2 μm) into acid-cleaned HDPE bottles and acidified immediately in the field.



REE Analyses

The REEs were pre-concentrated from seawater using an automated seaFAST-pico system (Elemental Scientific Inc.) following the method described in Behrens et al. (2016). Briefly, samples were spiked with a multi-element REE isotope spike (DKM, prepared by Gilbert N. Hanson of SUNY Stony Brook) and allowed to equilibrate for at least 48 h before purification and pre-concentration with the seaFAST-pico system. An additional UV/H2O2-oxidation was applied for 24 h prior to the pre-concentration step to destroy organic matter and anthropogenic Gd-complexes as degradation of these complexes via hydroxyl radicals has been shown to be very effective (Cyris et al., 2013). The REE concentrations were analyzed and quantified by isotope dilution ICP-MS using a Finnigan Element ICP-MS and a Cetac Aridus II desolvating nebulizer to reduce oxide formation (<0.04% for Ce). The external reproducibility (1RSD), determined by repeated processing and analysis of seawater samples from North Pacific station SAFe 3,000 m, was <3.4% for all REEs except for Ce (<23%; n = 6). Our analyses were well within the 6% range of the consensus values of the SAFe sample (Behrens et al., 2016). Procedural blanks for all REEs except Ce were <4% of the lowest measured REE concentrations and <10% of the lowest measured Ce concentration. All REE concentrations, ratios and anomalies are shown in Table 1.


Table 1. REE and ancillary data of porewaters from the beach transect, seawater, and the freshwater lens on Spiekeroog.

[image: Table 1]



REE Anomalies and Natural and Anthropogenic Gd Concentrations

All REE anomalies were calculated using PAAS-normalized (Rudnick and Gao, 2003) REE concentrations (REEN): The Ce-anomaly was calculated as

[image: image]

after German et al. (1995). For the Ce-anomaly, a measured PAAS-normalized Ce concentration is compared with a theoretical PAAS-normalized Ce concentration (Ce*) calculated via neighbor elements. Values >1 indicate a positive Ce-anomaly (higher PAAS-normalized Ce concentrations than expected from interpolation of the neighbor elements), values <1 indicate a negative Ce-anomaly. For all other anomalies of single elements or element groups, the interpretation is accordingly. Ce* or another REE represents the hypothetical Ce value if no anomaly exists. The MREE- and HREE anomalies were calculated after Martin et al. (2010) (for the MREE-anomaly modified by replacing Gd with Eu to avoid inclusion of the high anthropogenic Gd contributions). The Gd-anomaly was calculated in accordance with Bau and Dulski (1996).

Using the Gd-anomaly, the amount of natural Gd (Gdnat) can be calculated as

[image: image]

The anthropogenic part (Gdanth) of the total Gd concentration is then the difference between the total Gd concentration and the natural Gd (Gdnat) concentration, neglecting the small natural positive Gd-anomaly that regularly occurs in natural waters due the higher stability of Gd carbonate complexes compared to its neighbor elements (De Baar et al., 1991).

Since it has been shown that hydroxyl radicals can destroy (or destroy to a great extent) the Gd-complexes (Cyris et al., 2013), we re-analyzed three samples without prior UV/H2O2 treatment to test whether complexed Gdanth can be readily quantified with our analytical method or whether complexed Gdanth may be lost during pre-concentration.



Flux Calculations

In order to determine the net REE addition/removal of the fluxes from the USP, FDT, and from the ridge to the runnel and from the ridge to the MLWL, we chose samples that represent the REE concentrations of the discharged water (see Figure 2, squared symbols) based on the hydrological model of Beck et al. (2017) (see section Study Area and Sampling). We calculate the net fluxes for the USP and ridge, i.e., net addition or removal, in comparison to seawater, because seawater is the source water for the USP and the ridge, by subtracting the REE seawater concentrations from the REE concentrations of the representative samples. The difference in the REE concentrations is then multiplied by the volume of the respective fluxes per day per m shoreline (d*msl), which results in REE addition/removal in pmol per day per m shoreline (Table 2) (note that kg and L are used as equivalent here).

[image: image]

For the net flux from the FDT the average REE concentrations of the freshwater lens is used, which is the source water for the FDT. The total net flux is the sum of all four net fluxes.


Table 2. Calculated REE fluxes of SGD on Spiekeroog.

[image: Table 2]

Enrichment factors of the REE concentrations in the compartments compared to seawater REE concentrations are shown in Table 2 and Figure 6 and are calculated as follows:

[image: image]

whereby “REE conc compartment” is the (average) REE concentration of the pore water sample(s) representative for the respective flux (Table 2) and “REE conc sw” is the average seawater REE concentration (Table 1).




RESULTS


Salinity

The salinities are increasing from station 0 (salinity 4.3–9.4) to 2 (salinity 26.0–31.3) and are constant around 28.2–29.0 at stations 3 (<1.5 mbsf depth) and 4 (entire profile). In the deep part of station 3, the salinity decreases to 21.4 at 1.5 and 14.9 at 2 mbsf. The salinity of the nearby seawater is 30.6 (northern beach, 14th May 2014, low tide). Salinities of the freshwater lens are in the range of 0.2 to 0.7.



Redox Conditions and Trace Element Concentrations

Beck et al. (2017) measured oxygen concentrations for stations 1 to 4 during the same sampling campaign. Station 1 is oxic down to 2.2 mbsf with nearly constant oxygen saturations throughout the sampled profile. At station 2, the oxygen saturation decreases from 80% at 0.6 mbsf depth to 2% at 2 mbsf depth. At stations 3 and 4 the oxygen saturation was already at or close to 0 within the first 0.5 mbsf. Previous studies (Beck et al., 2017; Reckhardt et al., 2017) that are based on the same sampling campaign with the same sampling sites and depths used here, showed low Fe and Mn concentrations (<7 μM for Fe, <2 μM for Mn) at stations 0 to 2 and increasing concentrations toward station 3, reaching their maximum at station 4 with 281 μM for Fe and 80 μM for Mn (Fe Figure 3A, Mn not shown, Beck et al., 2017; Reckhardt et al., 2017). Concentrations of dissolved organic carbon (DOC) are in the range of 80 to 175 μM with the highest concentrations close to the MLWL (Figure 3B, Beck et al., 2017). For details and other parameters see Beck et al. (2017) (nutrients, DOC, sulfate, hydrogen sulfide), Reckhardt et al. (2017) (Mn, Fe, U, Re, Mo, V) and Ehlert et al. (2016) (Si and δ30Si).


[image: Figure 3]
FIGURE 3. Spatial distribution of (A) Fe, (B) DOC (Beck et al., 2017), (C) Nd concentrations, (D) Yb concentrations, (E) PAAS-normalized (Rudnick and Gao, 2003) HREE/LREE, (F) PAAS-normalized MREE-anomaly, (G) anthropogenic Gd concentrations, and (H) PAAS-normalized Ce-anomaly (this study) in beach pore waters, the runnel, and seawater (SW) on Spiekeroog Island. Site numbers are from Figure 2. The dashed lines indicate the mean high water level (MHWL) and mean low water level (MLWL). Note the non-linear color scales for Fe concentrations. Chart datum NHN equals approximately mean sea level.




Rare Earth Elements


REE Concentrations

Rare earth element concentrations, ratios, and anomalies of beach pore waters, the freshwater lens, and the seawater can be found in Table 1. Along the beach pore water transect, REE concentrations show a generally increasing trend from the dunes to the MLWL, ranging from 6.2 to 53.8 pmol/kg for Nd (representative of LREE) and 3.3 to 14.1 pmol/kg for Yb (representative of HREE) (Figures 3C,D, for concentrations of other elements see Table 1). From the dunes (station 0–1) to the USP (station 2), the REE concentrations increase slightly on average from 12.7 to 24.9 pmol/kg for Nd (5.5 to 7.5 pmol/kg for Yb) and show highest REE concentrations on the ridge (stations 3 and 4) (average of 41.7 pmol/kg for Nd, 12.2 pmol/kg for Yb). Seawater REE concentrations (32.0 pmol/kg for Nd, 12.5 pmol/kg for Yb) are closest to those of the USP (station 2), where salinities indicate the almost pure seawater endmember. Groundwater from the freshwater lens shows generally higher REE concentrations ranging from 82.0 to 213.4 pmol/kg for Nd and 22.6 to 103.7 pmol/kg for Yb.



REE Ratios and Anomalies

PAAS-normalized REE patterns in the upper dune area (stations 0–1) exhibit a strong HREE-enriched pattern with highest HREE/LREE ratios of up to 9.7, compared to 5.8 in coastal seawater (Figure 3E). Lower HREE/LREE ratios of 3.6 to 6.6 are found in the USP and ridge area (stations 2 to 4). The range of the MREE-anomaly is from 0.6 to 0.9, with higher values at the ridge stations (Figures 3F, 4A). A negative Ce-anomaly is most pronounced in the upper USP (station 2, 1–1.8 m) and at the duneward stations 0 to 1, whereas only a slight negative Ce-anomaly (0.8 to 0.9) is found on the ridge (Figure 3H) and the freshwater lens.


[image: Figure 4]
FIGURE 4. REE concentrations of pore waters and seawater (A) normalized to PAAS (Rudnick and Gao, 2003) and (B) normalized to seawater.




Gadolinium

A pronounced positive Gd-anomaly is present at most stations and depths, with values ranging from 8.4 at station 0 to 1.1 that represents a natural occurring Gd-anomaly at station 3 (Table 1). The seawater samples show intermediate Gd-anomalies of about 3.2. Samples from the freshwater lens do not carry an anthropogenic Gd-anomaly, their Gd-anomaly is in the natural range of up to 1.2. Note that normalized to seawater (Figure 4B), samples from station 3 and the freshwater lens (that do not show a PAAS-normalized Gd-anomaly) appear to have a negative Gd anomaly, which is due to the positive Gd-anomaly in seawater. The calculated Gdnat concentrations in the pore water samples are in the range of 1.9 to 16.2 pmol/kg, with lowest values at station 0 and highest values at station 4, equivalent to the other REEs. The calculated Gdanth concentrations range between 8.4 and 46.4 pmol/kg, again with lowest values at station 0 and highest values at station 4 (Figure 3G).

As described above, three samples were analyzed for REE concentrations with and without prior UV/H2O2 treatment. The different treatment only affected the measured concentration of Gd (Table 3), which is higher in the treated compared to the untreated samples by 5.5 to 13.0 pmol/kg Gd, which represents 38 to 49% of the total measured Gd concentration. This additional Gd represents the complexed part of the Gdanth that is only recovered with the ion exchange method used here if the Gd-DTPA complex is destroyed through UV/H2O2-treatment prior to pre-concentration.


Table 3. Effect of UV-treatment prior to pre-concentration on REE concentrations: Comparison of natural Gd (Gdnat) with non-complexed (untreated) and complexed (UV-treated minus untreated) anthropogenic Gd (Gdanth) in porewaters of the beach transect (replicate numbers in brackets, average values in bold).
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Fluxes of REEs

The fluxes of REEs for the USP, FDT, and ridge to runnel and ridge to MLWL are listed in Table 2 as well as enrichment factors of the REE concentrations of these fluxes compared to seawater REE concentrations (see Figure 6). We calculated REE fluxes for the different compartments of the STE as REE fluxes from the USP, the FDT, from the ridge to the runnel and from the ridge to the MLWL (water fluxes from Beck et al., 2017). Estimates of the REE net fluxes from the USP reveal that REEs are removed from infiltrating seawater by factors of 0.4 (MREE) and 0.5 (LREE and HREE) (excluding Ce 0.6 and Gd 0.8), resulting in REE removal from seawater of 2.9 (Tm) to 54.2 (Ce) nmol per day per m shoreline. Discharges from the ridge to the runnel and the MLWL, with up to 2.4-fold REE enrichments of pore waters relative to seawater, lead to minimum and maximum net fluxes of −0.1 and 0.1 (Lu) to 22.7 and 59.7 (Ce) nmol per day per m shoreline from the ridge to the runnel and the MLWL, respectively. These fluxes are higher for LREEs and MREEs than for HREEs, with even slightly negative fluxes (removal) of HREEs from the ridge to the runnel. For the FDT that is fed by fresh groundwater, the REE fluxes are net fluxes. They range from 5.6 (Lu) to 167.4 (Ce) nmol per day per m shoreline. Compared to seawater REE concentrations, the REEs are 1.8- to 5.3-fold enriched in the FDT with the highest enrichment for MREEs (except for Ce and Gd). The total net flux for REEs from the STE to the coastal water results in an addition of individual REEs of 2.8 to 195.5 nmol per day per m shoreline, with HREE ≤ MREE ≤ LREE fluxes and varying with natural abundance. The REE concentrations in the total STE flux are enriched compared with seawater, ranging from 1.1 to 1.7 (Figure 6, purple line).





DISCUSSION


REE Behavior in the Subterranean Estuary

The zonation of the STE on Spiekeroog into different compartments (Figure 2) is also reflected in the distribution of REE concentrations, anomalies, and ratios (Figure 3). In all samples, a positive La-anomaly can be found, which is characteristic for seawater as the mean residence time of La is the longest among the LREE and MREE (Alibo and Nozaki, 1999) and is not discussed further. A positive Gd-anomaly can be seen throughout the transect due to anthropogenic input of Gd. The anthropogenic Gd can be present in complexed and non-complexed form whereby the complexed form is not affected by estuarine removal or scavenging processes in general due to its high solubility. Therefore, the complexed Gd behaves differently than the other REEs, which is seen in Figures 4, 6. The behavior of Gd is discussed separately in section Anthropogenic Gd.


Dune Area and Upper Saline Plume

The salinity increases in pore waters from the dune area toward the MHWL and oxic conditions in the dune area imply mixing of rainwater and seawater that may also control the pore water REE composition.

For the samples in the dune area (st. 0 and 1), there is a positive correlation of the REEs with salinity, as rainwater (low salinity and low REE concentrations originating from sea spray) and seawater (salinity 30.6 and higher REE concentrations) mix in the dune area (Figure 5). Seawater salinity and REE concentrations fall close to the mixing line of rain- and seawater, suggesting an overall conservative behavior of REEs controlled by mixing of rain- and seawater (Figure 5, Supplementary Figure 1).


[image: Figure 5]
FIGURE 5. Nd and Yb concentrations vs. salinity of all porewaters and potential endmembers. (A) Nd, representing LREEs, vs. salinity, (B) Tb, representing MREEs, vs. salinity, (C) Yb, representing HREEs, vs. salinity. Black hexagons represent potential endmember compositions of fresh groundwater (FL, average of four samples from the freshwater lens) and seawater (SW, average of coastal seawater at high and low tide). Solid lines indicate mixing between the endmembers, dashed lines show the mixing range for the FL (±1SD). Samples used for the calculations of the REE fluxed are labeled.


In the USP (station 2), however, we observe small depletions for all REEs in most samples compared to seawater and the theoretical mixing line between seawater and rainwater. This can be either caused by lower REE seawater concentrations at the time of infiltration or by removal processes. Assuming the same REE concentrations in seawater during the time of infiltration and during our sampling, non-conservative removal processes typically effect LREE, MREE and HREE differently: Because of the higher stability of REE-carbonate complexes for HREEs compared to LREEs (Sholkovitz et al., 1994), scavenging of REEs from seawater to e.g., organic material/coatings or to other particles typically leads to a preferential depletion of LREEs relative to HREEs in seawater. Enhanced MREE removal has been suggested to be indicative of Fe-oxide scavenging (Haley et al., 2004). Heavy REEs can be preferentially taken up by bacteria (Takahashi et al., 2005) or scavenged by quartz grains (Byrne and Kim, 1990) or Fe-oxides in form of HREE-carbonate complexes (Dzombak and Morel, 1990; Johannesson et al., 2011). As the sediments at the beach site are mainly composed of quartz and the fraction of reactive Fe that could potentially coat the quartz grains in the beach sediments on Spiekeroog is very low (~0.01–0.1%) (J. Ahrens, pers. comm., ICBM, July 2018), preferential removal of HREE onto quartz seems a viable process. Furthermore, bacteria binding HREEs to carboxylate and phosphate groups on their cell surfaces, thereby depleting ambient water in HREE (Takahashi et al., 2005), is possible as well.

In the deeper USP (station 2, ≥3.5 mbsf) under suboxic conditions, MREEs are most depleted, probably due du scavenging by Fe-oxides as mentioned above. Iron-oxide formation in the transition zone between the anoxic freshwater of the FDT and the oxic saline waters of the USP has been suggested previously for the STE on Spiekeroog (Linkhorst et al., 2017) and other STEs (e.g., Rouxel et al., 2008). This “iron curtain” has been suggested to act as a temporal storage or even a sink for dissolved organic matter (Linkhorst et al., 2017), which could apply for REEs and also other trace elements.

In summary, REEs in the dune area and partly the USP are dominantly controlled by mixing of rainwater and seawater, while REEs in the deeper USP are additionally affected by REE removal processes that lead to a negative deviation of REE concentrations from conservative mixing lines, particularly for MREEs and HREEs.



The Freshwater Discharge Area

Below 1.5 mbsf at station 3, where salinities are low at 21.4 and 14.9, indicating the presence of the FDT, sub- to anoxic and Fe/Mn-oxide-reducing conditions prevail, as indicated by high pore water Fe and Mn concentrations (Beck et al., 2017; Reckhardt et al., 2017). Ce-anomalies in the FDT and in the freshwater lens of close to 1 indicate that Ce is mostly present in its reduced soluble oxidation state Ce(III), corroborating sub-/anoxic conditions in the FDT (Figures 3A,H). Due to the high variability of the freshwater endmember in the freshwater lens of Spiekeroog, conservative mixing (Figure 5) is difficult to constrain. However, according to the hydrological model in Beck et al. (2017), the freshwater that is supplied to the coastal ocean is a mixture from all depths of the freshwater lens, so averaging all the freshwater REE concentrations for the endmember seems appropriate.

The REE concentrations in the FDT are slightly higher (at 2 mbsf) or at the same level (at 1.5 mbsf) as those in coastal seawater (Table 1, Figures 4B, 5). Considering a freshwater endmember at the lower end of the REE concentration range found in the freshwater lens, the FDT REE concentrations could be controlled by conservative mixing of water from the freshwater lens and seawater. If the freshwater endmember has REE concentrations at the higher end of the REE concentration range of the freshwater lens, additional removal processes as discussed above must be present.



The Seawater Circulation Cell Below the Ridge

In the suboxic to anoxic seawater circulation cells on the ridge (station 3 ≤ 1 mbsf and station 4), the main source for the pore waters is seawater as reflected by salinities of 28.2–29. All REEs show non-conservative behavior with an enrichment factor of up to 2.4 (for Ce) relative to seawater and generally decreasing enrichment from LREE over MREE to HREE (Figures 4B, 6). The higher REE concentrations at stations 3 and 4 (Figures 3C,D), together with higher positive MREE-anomalies (Figures 3F, 4A) and lower HREE/LREE ratios with respect to the coastal seawater, and Ce-anomalies close to 1 (Figure 3H) are in line with reducing conditions that lead to the dissolution of Fe/Mn-oxides as indicated by high pore water Fe (Figure 3A) and Mn concentrations (Beck et al., 2017; Reckhardt et al., 2017). Possible sources here for the REEs are particulate organic matter (POM), Ce-oxides (source for Ce), and Fe/Mn-oxides. In the following, we will discuss the relevance of the possible sources for the REE concentrations at these stations leading to REE concentrations exceeding those of nearby coastal seawater.
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FIGURE 6. Enrichment factors of the REE concentrations compared to seawater REE concentrations (horizontal black line) for the different compartments of the STE: The freshwater discharge tube (FDT, blue circles), upper saline plume (USP, orange triangles), ridge to the runnel (light red squares) and ridge to the MLWL (dark red inverted triangles). Enrichment factors of total SGD pattern (all concentrations weighted according to their discharge volumes) are shown in purple diamonds. Uncertainties for the FDT (±1SD) that arise from the large range in REE concentrations in the freshwater lens, are shown by blue dashed lines.


Duncan and Shaw (2003) suggested a relict carbon-rich phase as source for REE enrichment in an STE. This is in agreement with Haley et al. (2004), who also found particulate organic carbon degradation as the main source for REEs in marine pore waters, mostly in oxic and suboxic environments, producing a linear (constant moderate increasing pattern across the REEs) or HREE-enriched PAAS-normalized REE pattern. At our sampling sites on the ridge, the dissolved organic matter (DOM) is mainly of marine origin and is constantly resupplied due to the short residence time of the pore waters (Beck et al., 2017; Waska et al., 2019). In the sediments, degradation of particulate organic matter (POM) may release REEs that were previously scavenged from seawater and potentially contributing to the dissolved REE enrichment on the ridge. As REE scavenging by POM leads to the preferential adsorption of LREEs over HREEs (Sholkovitz et al., 1994), a LREE-enriched pattern would be expected from the dissolution of organic matter. This is in agreement with the elevated LREE over HREE concentrations on the ridge relative to seawater, while the HREE are in the same range as the seawater or even slightly depleted (Figures 4B, 5). If one sample (st. 4, 2 mbsf) with extreme REE and DOC concentrations is excluded, the remaining samples show a positive correlation (R2 = 0.48 for Nd, 0.23 for Tb and 0.99 for Yb, only significant p <0.05 for DOC vs. Yb) between DOC and REE concentrations (Supplementary Figure 2). Due to preferential scavenging of LREE over HREE, the best correlation for the case of POM degradation and associated REE release would be expected for DOC and LREE. However, we cannot distinguish between DOC input with seawater and in situ DOC formation through POM degradation and the enrichment (e.g., relative to station 2) is small, which may both affect the correlation. Furthermore, re-adsorption onto sediment particles may affect the REE concentrations after POM degradation and associated REE release. The degradation of an old terrestrial particulate organic carbon pool as suggested for other STEs (e.g., Duncan and Shaw, 2003) is unlikely on Spiekeroog due to the mainly marine origin of the DOM at these sites (Beck et al., 2017). This would also imply that the REEs released here are (at least partly) not “new” fluxes to the ocean but reflect a transient accumulation and subsequent resupply of “marine” REEs to the coastal seawater, as the main source of the released REEs has to be young seawater rather than terrestrial organic or lithogenic material. This is in contrast with other STEs where relict sources or leaching of rocks are the main source for the release of REEs to the terrestrial part of SGD (Duncan and Shaw, 2003; Chevis et al., 2015a; Johannesson et al., 2017).

In the ridge samples, the characteristic negative Ce-anomaly of seawater is nearly absent or clearly less pronounced than in nearby seawater (Figures 3H, 4B) due to Ce-oxide reduction under the suboxic conditions present at the ridge stations (Beck et al., 2017). Below 10 μmol/L oxygen, Ce-oxides are reduced, and Ce behaves like the other trivalent REEs, shifting the Ce-anomaly toward 1 (no anomaly) (Haley et al., 2004).

Under suboxic conditions, Fe/Mn-oxides are reduced, which leads to elevated dissolved Fe and Mn concentrations (Reckhardt et al., 2017) and the release of REEs adsorbed to these oxides. For example, Haley et al. (2004) suggested a positive MREE anomaly as indicative of reductive Fe-oxide dissolution, as Fe-oxides in the water column preferably scavenge MREE. In contrast, Johannesson et al. (2011) found an order of release of REEs under Fe-reducing conditions to follow LREE > MREE > HREE. Here, we observe an MREE- and LREE enrichment for the samples from stations 3 and 4, with a smaller MREE-anomaly (not exceeding 1, Figure 3F) than reported by Haley et al. (2004) despite partly higher dissolved Fe concentrations. For SGD in particular, the dissolution of Fe-oxides has been suggested to add REEs to the pore waters (Johannesson et al., 2011; Chevis et al., 2015b). Assuming the dissolution of Fe-oxides as the source for REEs at the ridge stations, there should be a positive correlation between the dissolved Fe and dissolved REE concentrations, which is not observed here. Instead, there is no or a negative correlation between Fe and REE concentrations (Supplementary Figure 3) or Fe and the MREE-anomaly (positive MREE-anomaly as an indicator of REE release from Fe-oxides). These correlations are mainly controlled by one (st. 4, 2 mbsf) out of 6 data points with the highest Fe and lowest REE concentrations. There is no positive relationship between REE concentrations or MREE-anomaly with Mn concentrations either (not shown). This missing correlation between dissolved Fe or Mn and dissolved REE concentrations is in contrast to other studies (Johannesson et al., 2011; Chevis et al., 2015a), suggesting that neither Fe nor Mn-oxide reduction is the dominant source for REEs on the ridge, but can also not be ruled out completely.

In summary, we suggest that remineralization of marine supplied POM is the main source for REE exceeding the concentrations of seawater at the ridge stations supported by the LREE-enriched pattern compared to seawater. We cannot rule out Fe/Mn-oxide reduction as another REE source completely, but no positive correlation with Fe or Mn or the sum of Fe+ Mn exists, though Fe concentrations could be biased by iron sulfide precipitation due to sulfate reduction. The effect on the REE pattern of pore water by Fe/Mn-oxide dissolution is discussed controversially and therefore the pattern shape cannot be used to identify these compounds as a REE source. For Ce, the reduction of Ce-oxides in low oxygenated areas is an additional source.




Estimated Fluxes of REEs From Beach Sediments

Individual REEs behave differently along the beach transect with general depletion of REEs in the USP and general enrichment in the FDT and in the ridge compared to seawater (Figure 4B). To investigate if the STE acts as a REE source or a sink for coastal waters, we calculate the element fluxes from the STE into the North Sea using pore water discharge derived from a numerical flow and transport model (Beck et al., 2017) and the REE concentrations of this study (see method section). Briefly, the flux from the FDT is highest for all REEs compared to the other fluxes and higher for LREEs and MREEs compared to HREEs. Note that there is a high variability in the REE concentrations of the FDT as the four samples used to create a mean REE concentration for the FDT show very different REE concentrations (average ± 1SD in Figure 6, dashed lines). The net fluxes from the ridge are positive for most REEs and highest for LREEs, whereby the net flux from the ridge to the runnel is slightly negative for HREEs. For the USP, the net flux is negative, resulting in removal of all REEs compared to seawater. The total net flux of all fluxes combined with respect to the discharge of the fluxes is positive for all REEs with HREE ≤ MREE ≤ LREE and varying with natural abundance.

Cerium fluxes from the FDT and the ridge are higher than those of its neighbor elements due to suboxic conditions in these pore waters that lead to the reduction of the insoluble Ce(IV) to the soluble Ce(III). Gadolinium fluxes differ from the fluxes of its neighbor elements as the representative samples for the fluxes contain different amounts of anthropogenic Gd which is discussed further in section Anthropogenic Gd. The flux calculations, however, do not consider redox changes upon the discharge of SGD into seawater. This may be especially relevant for the pore waters at the ridge and the waters from the suboxic/anoxic freshwater lens and may result in trace element removal to the particulate phase when mixing with oxic seawater. This process has so far not been studied and would also affect the trace element fluxes via SGD that have been reported by other studies where the pore waters are suboxic/anoxic. We also note that our study is potentially missing the flux from the more seaward located salt wedge and another FDT that are predicted from a hydrological model for the deeper sediment column and further seaward on Spiekeroog (Waska et al., 2019). Further studies will have to reveal the contribution of these compartments if their existence is confirmed.

To compare the REE fluxes from the beach sediments to the input from rivers, we calculated the total amount of REEs transported by the rivers Weser, Elbe, and Ems to the southern North Sea. Assuming a mean annual discharge of 10.3, 23.7, and 2.5 km3 per year (Frankignoulle and Middelburg, 2002; Flussgebietsgemeinschaft Weser, 2005) and Nd concentrations of 91.2, 96.7, and 156.5 pmol/L (Kulaksiz and Bau, 2007), the rivers supply 938, 2291, and 391 mol Nd per year, respectively. However, considering a loss of REEs in the river estuaries of ~71% (average Nd removal in river estuaries, Rousseau et al., 2015), the combined river Nd flux to the southern North Sea results in 1,058 mol Nd input per year. The combined REE fluxes from the STE on Spiekeroog extrapolated to a shoreline of 56 km for the East Frisian Islands, amounts to an addition of 1.84 mol Nd per year. Even if the entire shoreline of the southern North Sea (~500 km) is considered, the SGD flux of about 16.4 mol Nd per year is still two orders of magnitude lower than the supply from the rivers. Despite the fact that this must be regarded as a rough estimate, the differences in the REE supply are still significant, suggesting that rivers are the main source of REEs to the southern North Sea. The relative importance of these fluxes, however, may change throughout the year due to changes in river supply, current directions, and precipitation.

Other studies have shown that SGD is the main source for REEs to the ocean with fluxes that are equal to or exceed the supply by local rivers (e.g., Johannesson et al., 2011; Chevis et al., 2015a), by atmospheric contribution or by diffusion from bottom sediments (e.g., Kim and Kim, 2011, 2014). However, in those study areas, overall SGD (water) fluxes exceed local river discharge, the opposite of what is true for the southern North Sea, where river discharge is much higher than the SGD flux by volume. Considering the total estimated Nd input via SGD of 5.03 mmol Nd per day for the East Frisian Islands (56 km shoreline) or 45 mmol Nd per day for the southern North Sea (~500 km), this is on the same order of magnitude as some other SGD fluxes e.g., for the Indian River Lagoon (9.4 to 100 mmol Nd per day, Johannesson et al., 2011; Chevis et al., 2015b), Pettaquamscutt Estuary, Rhode Island (26 mmol Nd per day, Chevis et al., 2015a) and Kona Coast (1.3–2.6 mmol Nd per day, Johannesson et al., 2017). The SGD REE fluxes estimated for the southern North Sea are as significant as those suggested from other STEs for the global ocean. Yet, if individual SGD fluxes are evaluated with respect to regional river REE input, the significance of SGD for the coastal seawater REE budget varies due to large differences in the river REE contributions. While the rivers to the North Sea are supplying 2.90 mol Nd per day, rivers just add 12.7 mmol Nd per day to the Indian River Lagoon (Johannesson et al., 2011) and 36.7 mmol Nd per day to the Pettaquamscutt Estuary (Chevis et al., 2015a), at the Kona Coast there is no significant river input (Johannesson et al., 2017). These differences in the river input are mainly due to the higher discharge rates of the rivers draining into the North Sea as the Nd concentrations of the rivers are of the same order of magnitude. Two studies from South Korea (Kim and Kim, 2011, 2014) show that the Nd input via SGD is about 1,000 times higher than in the STE presented in this study. This is due to up to two orders of magnitude higher SGD volumes, Nd concentrations in the discharged waters exceeding the concentrations of the pore waters in this study up to 20-fold, and longer shorelines (230 and 130 km, Kim and Kim, 2014). Differences in these factors result in a total input of 120 mol Nd per day (Kim and Kim, 2011) and 58 and 219 mol Nd per day (Kim and Kim, 2014) compared to 5.03 mmol Nd per day for the East Frisian Islands.

All studied estuaries are of a different size and have different catchment areas and the SGD may show seasonal variations. Thus, the total REE inputs are difficult to compare, but they provide an idea of the diversity of the STEs at different locations. One additional important aspect that can lead to large differences is the nature of the aquifer material for the terrestrial groundwater. Here, we compared young basaltic rocks in South Korea (Kim and Kim, 2011) or older glacial deposits derived from Late Proterozoic and Paleozoic rocks on Rhode Island (Chevis et al., 2015a) with fine- to coarse-grained sands and clays that is the source for the young groundwaters in our study. Groundwater contact with different source rocks may result in different REE signatures regarding the total and relative REE concentrations. In addition, the beaches of Spiekeroog have been shown to change the topography, the shoreline, the shape and location of the runnel several times throughout the year (Waska et al., 2019). This could also have an influence on the dimension of the fluxes, the residence times of the waters within the STE and therefore also on the redox conditions in the pore waters. The study presented here therefore has to be seen as representing a snapshot of the current situation, and seasonal and interannual studies are required to confirm the estimated annual REE fluxes.



Anthropogenic Gd

The origin of the Gdanth in the seawater and pore waters is not a local signal from Spiekeroog Island as there is no hospital on the island that could contribute Gdanth to groundwater or coastal waters. The source of Gdanth in coastal seawater must therefore be derived from river discharge (e.g., Weser, Ems, Elbe, Rhine; Kulaksiz and Bau, 2007) or from direct input of effluent waters by (sub)marine outfalls into the North Sea.


Effect of UV/H2O2 Treatment on Measured Anthropogenic Gd Concentrations

As described previously, the Gd-complexes are degraded by reaction with hydroxyl radicals via UV/H2O2 treatment (Cyris et al., 2013). In order to test whether total Gd (Gdnat and Gdanth) is quantitatively recovered during the pre-concentration of REEs via seaFAST, we measured REE concentrations in samples treated with UV/H2O2 and in untreated samples. We suggest that the significantly higher concentrations found for Gd measured in the treated compared to the untreated samples result from the degradation of the Gd-complexes under UV/H2O2 conditions and the non-quantitative retention of complexed Gdanth on the chelating resin used for pre-concentration of the REEs. In the following, we therefore discuss the difference in Gd concentrations between UV/H2O2 treated and untreated samples as a measure of the difference between complexed and non-complexed Gdanth in the pore waters.

The observed Gd concentration difference between UV/H2O2 treated and untreated samples (n = 3) of up to 13.0 pmol/kg (Figure 7) demonstrates that a large fraction of Gd in the analyzed pore waters is complexed. The percentage of complexed Gdanth of the total Gdanth is in a narrow range of 52 to 59% for the tested samples (st. 0, 3 mbsf, st. 2, 1.8 mbsf, and runnel). This suggests that the samples are roughly of the same age, as it has been shown that there is a degradation of the complexes over time (Holzbecher et al., 2005). Several factors have been found to influence the destabilization of Gd-complexes e.g., transmetallation or competition for binding places of the DPTA complexes by Ca, Mg, or K ions (Schijf and Christy, 2018).
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FIGURE 7. Comparison of natural (Gd nat) and anthropogenic Gd (Gd anth) in pore water and runnel water. The total anthropogenic Gd is separated into a complexed and non-complexed form based on UV-H2O2-treated and untreated samples.




Anthropogenic Gd in the STE on Spiekeroog

The stations in the upper beach zone and the USP suggest strong REE scavenging, whereas the stations on the ridge indicate REE release. As complexed Gdanth is not affected by scavenging/release and stays in the dissolved phase, total Gd-anomalies are misleading, and we will therefore only discuss absolute Gdanth concentrations (Figure 3G).

Differences in the total amount of Gdanth in our samples are due to the origin of the waters. At the upper beach (stations 0 and 1), Gdanth is low due to a high proportion of rainwater that contains only minor Gdanth due to the transport of seawater aerosols onto land (sea spray). Furthermore, it has to be kept in mind that our study represents a snapshot of a highly variable environment, resulting in uncertainties in the Gdanth concentrations in the endmembers (seawater and rainwater) at the time of infiltration.

The low Gdanth concentrations in the FDT (station 3, 1.5, and 2.0 mbsf) are mostly a result of mixing of fresh groundwater (Gdanth = 0) and seawater (Gdanth = 21.7 pmol/kg). The samples from the USP (16.8–25.6 pmol/kg Gdanth) and the runnel (21.9 pmol/kg Gdanth) are mainly fed by seawater on a short timescale and therefore show a similar total Gdanth content as the seawater samples. The highest Gdanth concentrations of the transect of up to 46.4 pmol/kg found on the ridge exceed the seawater Gdanth (Gdanth = 21.7 pmol/kg) and therefore must be due to release of previously scavenged non-complexed Gdanth (i.e., after degradation of the complex) from seawater. Because of the fact that Gdanth is released from organic matter and/or Fe/Mn-oxides, these possible REE sources have to be younger than the onset of Gdanth discharge to the marine environment (post 1980s). This confirms that the REEs in this study are not derived from relict deposits, as suggested for other STEs (Duncan and Shaw, 2003; Chevis et al., 2015a).

Kulaksiz and Bau (2007) showed positive Gd-anomalies for the North Sea and Weser Estuary. At their closest station to our sampling site (EF5, about 10 km north of Spiekeroog) they found a positive Gd-anomaly of 1.9, compared to 3.0 found in our study for coastal surface waters off Spiekeroog if calculated the same way as Kulaksiz and Bau (2007). This difference of ΔGd/Gd* = 1.1 in the anomalies, which is equivalent to 15.7 pmol/kg Gdanth, can in part be attributed to the 9 years timespan between the sampling dates (2005/2014) and reflects the constant increase in input and the accumulation of Gdanth in the North Sea. Additionally, the pre-concentration method used by Kulaksiz and Bau (2007) did not involve a UV/H2O2 treatment, suggesting that they did not recover the complexed Gdanth component quantitatively.





CONCLUSIONS

The REE concentrations of a beach transect on Spiekeroog representing an STE have been found to be highly variable. In the upper dune area in oxic, low-salinity pore waters, the REE concentrations are depleted compared to the adjacent seawater due to mixing with rainwater and show a pronounced negative Ce-anomaly due to the oxic conditions. They also show higher HREE/LREE ratios indicating intense scavenging. Moving seawards, the REE concentrations increase due to stronger influence of the seawater. Close to the MLWL with sub-/anoxic redox conditions, confirmed by the near absence of a Ce-anomaly, degradation of POM and possibly also the reduction of Fe/Mn-oxides add REEs to the pore waters and lead to REE concentrations that partly exceed those expected from conservative mixing. Calculated total fluxes from the beach pore waters indicate a net positive addition of all REEs to coastal seawater, with relatively more LREEs than HREEs. This is in line with previous studies that suggested that STEs are a source of LREEs and a sink for HREEs (Johannesson et al., 2011). Compared to nearby rivers, REE addition is of minor importance for the REE budget of the southern North Sea. Compared to most other STEs the observed REE fluxes from the beach sands at Spiekeroog are in the same order of magnitude. The presence of Gdanth throughout the transect displays the increased anthropogenic impact on coastal waters and the accumulation of Gdanth since the first studies that observed Gdanth in the southern North Sea.
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Due to the widespread pollution of coastal groundwaters with fertilizers, submarine groundwater discharge (SGD) is often thought to be a large dissolved inorganic nitrogen (DIN) source to the ocean. Whether this N is autochthonous or allochthonous to the subterranean estuary (STE), the availability of large quantities of DIN can nevertheless interact with the cycling of other elements, such as carbon (C). In previous studies, we documented the discharge of large quantities of freshwater and NO3– from the mouth of an STE into the Ria Formosa lagoon (SW Iberian Peninsula). For the period covered in this study (2009–2011), the same STE site was dominated by recirculating seawater due to a prolonged fall in piezometric head in the coupled coastal aquifers. Total SGD rates remained similarly high, peaking at 144 cm day–1 at the lower intertidal during fall. We observed a progressive increase of NO3– availability within the STE associated with the recovery of piezometric head inland. Interestingly, during this period, the highest SGD-derived dissolved organic C and DIN fluxes (112 ± 53 and 10 ± 3 mmol m–2 day–1, respectively) originated in the lower intertidal. NO3– enrichment in the STE influences the benthic reactivity of fluorescent dissolved organic matter (FDOM): when seawater recirculation drives STE dynamics, only small changes in the benthic distribution of recalcitrant humic-like FDOM are observed (from −2.57 ± 1.14 to 1.24 ± 0.19 10–3 R.U. “bulk” sediment h–1) in the absence of DIN. However, when DIN is available, these recalcitrant fractions of FDOM are actively generated (from 1.32 ± 0.15 to 11.56 ± 3.39 10–3 R.U. “bulk” sediment h–1), accompanied by the production of labile protein-like FDOM. The results agree with previous studies conducted with flow-through reactor experiments at the same site and suggest that DIN enrichment in the STE enhances the metabolic turnover of sedimentary organic matter up to the point of discharge to surface waters. DIN pollution of coastal aquifers may therefore promote a contraction of the residence time of particulate organic C within the STE, driving carbon from continental storage into the sea.

Keywords: submarine groundwater discharge (SGD), fluorescent dissolved organic matter (FDOM), subterranean estuary, Ria Formosa coastal lagoon, priming effect


INTRODUCTION

The discovery and industrial application of the Haber-Bosch process for fertilizer production from atmospheric N2 has completely changed the global N cycle. Fertilizer usage, the cultivation of N-fixing crops or biomass, and fossil fuel combustion and subsequent deposition have turned human activities into the largest source of bioavailable N to the biosphere (Vitousek et al., 1997; Galloway et al., 2008). This anthropogenic N enrichment of Earth’s ecosystems has dramatically increased N content in freshwater ecosystems and exponentially enhanced N fluxes to the coastal zone (Mackenzie et al., 2002; Boyer et al., 2006; Rivett et al., 2008). There, N enrichment triggers eutrophication, coastal acidification, or environmental degradation (Erisman et al., 2008; Gruber and Galloway, 2008) and interferes with the cycling of other elements such as C and O (Bauer et al., 2013).

The indiscriminate use of fertilizers, together with wastewater and septic tank leaks, industrial spillage, or the use of manure and sewage sludge inland has led to the widespread N pollution of groundwaters (Rivett et al., 2008). Up to 10% of the total 150 Tg N year–1 human-derived reactive N applied on the land surface ends in groundwater reservoirs (Schlesinger, 2009). The issue is that continental groundwaters will discharge to the coast whenever a hydraulic connection with a positive pressure head seaward exists (Johannes, 1980; Santos et al., 2012). This discharge of continental groundwater is included in submarine groundwater discharge (SGD; i.e., any source of water with origin in the sediments irrespectively of its origin and composition; Burnett et al., 2003), now recognized as a large source of water to the coastal zone (Kwon et al., 2014; Luijendijk et al., 2020). Land-ocean N fluxes associated with SGD are larger than N transported into the sea by rivers (Cho et al., 2018) on a global scale. Notwithstanding the difficulties in identifying and quantifying this diffusive source of water to the coast, SGD has already been recognized as the dominant source of N to several coastal ecosystems (e.g., Paytan et al., 2006; Leote et al., 2008; Tamborski et al., 2017), and associated with environmentally adverse local effects (Moore, 2010).

During their transit toward the coast, groundwaters can mix with saline groundwaters prior to discharge, developing the subterranean estuary (STE; Moore, 1999). Even if these environments have been largely ignored in coastal monitoring and management (Rocha et al., 2021), they play a crucial role in modulating continental solute transfer to the sea. The sandy exit sites of STEs are locus of a high variety of biogeochemical processes capable of significantly changing solute loads associated with SGD prior to discharge (Moore, 1999; Slomp and Van Cappellen, 2004; Robinson et al., 2018). Due to the need to quantify, predict, and control the SGD-borne N flux to the coastal zone, substantial research has focused on understanding natural N attenuation processes in STEs worldwide (Kroeger and Charette, 2008; Rocha et al., 2009; Erler et al., 2014; Couturier et al., 2017; Ibánhez and Rocha, 2017; Wong et al., 2020).

The availability and quality of organic C is key to understand N cycling in STEs. Low C stocks and the refractory nature of both particulate and dissolved organic matter in the sub-surface land-ocean continuum limit heterotrophic NO3– reduction processes and can explain the large NO3– concentrations reaching STEs (Hartog et al., 2004; Rivett et al., 2008). On the other hand, fresh marine organic matter brought into the STE at the seepage face fuels a spatially heterogeneous cascade of biogeochemical processes that can determine final N loads to the coast (Ibánhez et al., 2013; Pain et al., 2019; Calvo-Martin et al., 2021). Due to the high mobility of N compounds in the environment and the role N plays in microbial and primary producer metabolism, anthropogenic N enrichment of STEs could also promote alterations on the cycling of other elements such as C. Hence, mobilization of organic C from high residence time reservoirs like peat bogs (Bragazza et al., 2006), the Artic tundra (Mack et al., 2004), or alpine steppes (Chen et al., 2020) is increasingly linked to the enhancement of microbial and enzymatic activity caused by anthropogenic N enrichment. Nevertheless, to our knowledge, the effect of N enrichment on the transformation of organic matter in STEs has only been explored to date in incubation experiments (Ibánhez and Rocha, 2014a). In this study, we use an extensive field dataset collected in an STE seepage face to explore the effects of changing N enrichment within the STE over the quantity and quality of the fluorescent dissolved organic matter (FDOM). The labile and recalcitrant fractions of FDOM are then used as proxies of microbial organic C mineralization at the seepage face.



MATERIALS AND METHODS


Study Site and Sampling Strategy

Five field surveys (from December 2009 until January 2011) were conducted at different times of the year at a seepage face located in the inner intertidal area of the Ancão peninsula (37°00′04″N, 7°58′57″W), in the mesotidal Ria Formosa coastal lagoon (Figure 1). NO3–-rich SGD was documented in the area in a previous series of monthly sampling surveys taking place between 2005 and 2007 (Leote et al., 2008). High NO3– concentrations (up to 190 μM) associated with brackish water (16.8 lowest salinity recorded) were identified seeping out at the lower intertidal area of the permeable barrier of the lagoon during low tide (Leote et al., 2008; Rocha et al., 2009). Water stable isotope signatures confirmed that these NO3–-rich brackish waters derive from mixing of continental groundwater from the Campina de Faro unconfined aquifer system bordering the lagoon (Figure 1) and coastal seawater (Rocha et al., 2016). This coastal aquifer was classified as nitrate vulnerable zone in 2005 under the EU’s nitrate directive due to large anthropogenic NO3– pollution (130 mg NO3– L–1 in 2010; Rocha et al., 2016). The sampling site was selected within the area previously identified as affected by SGD. The beach is tide-dominated, with a tidal range of 1.5–3.0 m and an averaged beach slope of 10.4% (Figure 1).
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FIGURE 1. Sampling site location at Ria Formosa coastal lagoon (SW Iberian Peninsula). The location of the three sampling stations (stations A and B within the permanently saturated beach face and station C upward) within the intertidal area of the inner part of Ancão peninsula and the distribution of samplers per station (seepage meters, piezometers, and profilers) are shown. A schematic view of beach water table during low tide, low and high tide marks, and the location of the NO3–-rich freshwater discharge tube (FDT) observed during the period 2005–2007 (Rocha et al., 2009) at our site are also shown.


Extensive characterization of sediments at the sampling site has been made elsewhere (Rocha et al., 2009; Ibánhez et al., 2011; Ibánhez and Rocha, 2014a, 2016). Sediments at the seepage face are classified as medium-coarse sand (dp = 0.5 mm) with high permeability (1 × 10–3 cm s–1). Porosity peaks close to the sediment–water interface (always >0.3), and then approaches a quasi-asymptotic value of 0.3 with depth, with minimal changes throughout the year. The sediments have low total organic carbon (TOC) content (<0.1%), with the highest values observed at the sediment surface (top 10 cm).

Porewater composition, seepage rate measurements, and associated solute fluxes were investigated during December 2009, April, July, October 2010, and January 2011. Sampling equipment was deployed at the intertidal seepage face during tidal exposure and sampling conducted through the two subsequent tidal cycles, thus leaving the system to re-equilibrate for one tidal cycle after installation. The equipment remained in place for the duration of fieldwork surveys, minimizing disruption to local beach hydraulics (Seeberg-Elverfeldt et al., 2005; Ibánhez et al., 2011). Three sampling stations were established within the beach profile, following identical sampling strategy as in previous studies at the same location (Leote et al., 2008; Rocha et al., 2009; Ibánhez et al., 2011). Two sampling stations (A and B) covered the permanently saturated intertidal seepage face and a third (C) the upper part of the beach profile, situated outside the permanently saturated intertidal zone (Figure 1). Station A was situated at the lowest part of the intertidal beach profile where a permanent, well-developed freshwater discharge tube was observed during 2005–2007 (Figure 1; Rocha et al., 2009), while B was placed at the upper limit of the permanently saturated seepage face.



Seepage Measurements

Five (six during July and October 2010) Lee-type seepage meters were installed at the beach face (Figure 1) to allow direct measurements of seepage rate and solute fluxes across the sediment–water interface (Lee, 1977; Burnett et al., 2006). These were distributed (Figure 1) between the three sampling stations, two at A and B and one at C (with an additional seepage meter added to C in July and October 2010). During the survey performed in January 2011, seepage meters were only deployed at station A. Sampling followed the precautions suggested by Cable et al. (1997). Measurements of seepage rate, associated solute fluxes, salinity, and temperature were performed using the water collected with the bags connected to the seepage meters, with aliquots also taken for laboratory determinations.



Porewater and Surface Water Sampling

Four push–pull piezometers (MHE, United States) were installed at each sampling station within the beach profile at screened depths of 28, 66, 84, and 200 cm relative to the sediment surface. Porewater samples were collected periodically with luer-lock syringes (100 mL) attached to the piezometers through tygon tubing and luer stopcocks. The internal volume of the piezometers was flushed three times prior to the collection of any sample.

Soil moisture samplers (Rhizon SMS-10 cm; Rhizosphere, The Netherlands, 0.1 μm pore size) were used to collect in situ high-resolution vertical porewater profiles close to the sediment–water interface. The samplers were placed into the sediment at fixed depths with the aid of two acrylic profilers (stations A and B; Figure 1) modified from the design of Seeberg-Elverfeldt et al. (2005). Each profiler was buried with 12 Rhizon samplers located horizontally at vertical intervals of 1, 2.5, and 5 cm, covering the first 20 cm depth of the sediment column. Porewater was collected at each depth by connecting Luer-Lock syringes to the Rhizon samplers through the connection tubing protruding from the sediment surface. The first 2 mL of filtered porewater was discarded to avoid contamination due to the dead volume inside the tubing and the samplers and to prevent influence of the NH4+ adsorption properties of the membranes (Ibánhez and Rocha, 2014b).

Surface water samples were also collected next to the sampling site during low tide. These were filtered onsite with Rhizon SMS samplers. The final aliquots collected from the seepage meters, piezometers, the benthic profilers, and the surface seawater were stored at −20°C until analysis. All parameters were analyzed within 1 month of sampling.



Analytical Methods

Porewater, seepage, and surface water samples collected during each field survey were analyzed for NO3–, NO2– and NH4+ content in a Lachat Quickchem 8500 Flow Injection Analysis system following standard colorimetric methods (Grasshoff et al., 1983). Porewater salinity (from both the high-resolution porewater profilers and the piezometers) was measured with an ATAGO hand-held refractometer using single-point calibration with distilled water. Salinity and temperature measurements on the seepage water were performed in situ using a YSI 600 (Yellowspring instruments) multiparameter probe following the recommendations of the manufacturer. Dissolved Organic C (DOC) from the seepage meters was determined in a Vario TOC Cube elemental analyzer, after acidification with a 2 M HCl solution to pH < 2 and purge to ensure removal of dissolved inorganic C.



Excitation-Emission Matrix (EEM) Fluorescence of Dissolved Organic Matter (DOM)

A Cary Varian Eclipse fluorescence spectrophotometer was used to obtain a three-dimensional excitation-emission matrix of FDOM in all water and porewater samples (n = 701). The 5 nm excitation and 10 nm emission bandwidths were used. Emission wavelengths for analysis ranged from 290 to 550 nm with a 2 nm interval, and excitation intensities were recorded at wavelengths ranging from 270 to 440 nm with 5 nm intervals. The samples were first placed in a thermostatic bath at 20oC to avoid changes in the spectral intensities caused by temperature differences. Absorbance of the samples in a 1 cm cuvette at 270 nm (the lowest wavelength used in the fluorescence determinations) was generally well below 0.05. The correction of the fluorescence spectra for inner filter effects was therefore deemed unnecessary (Kothawala et al., 2013). Spectra were collected in signal-to-reference mode with instrument-specific excitation and emission corrections applied during collection. Daily recorded Milli-Q water blanks were subtracted from the sample spectra to eliminate water Raman scatter peaks. Subsequently, EEMs were normalized to the integrated area of Milli-Q water Raman peaks to account for potential instrument-dependent intensity factors (Lawaetz and Stedmon, 2009). Results are expressed in Raman units (R.U.). MATLAB with the DOMFluor Toolbox was used to handle first- and second-order Rayleigh scatter peaks and to perform the PARAlel FACtor analysis (PARAFAC) of our samples (Stedmon and Bro, 2008). PARAFAC modeling of EEM fluorescence has been extensively described elsewhere (Andersen and Bro, 2003; Stedmon and Bro, 2008). It allows decomposition of a three-way array of data (the 3-D excitation-emission matrix) into a set of three linear terms and a residual array. Following PARAFAC decomposition, the complex sample EEM yields the individual fluorescence components (fluorophores) within the sample and their individual abundance. PARAFAC analysis was performed on the entire EEM fluorescence dataset discussed here (701 samples). The adequacy of the selected number of components and the uniqueness of the solution were tested by Split Half Analysis (Stedmon and Bro, 2008).




RESULTS


Water and Solute Seepage at the Sampling Site

Seepage rates measured from December 2009 to January 2011 showed a similar discharge pattern to that previously described at the same site (Leote et al., 2008). Seepage rates peaked during ebb tide and were minimal or absent at flood tide (see Supplementary Material). Linear vertical porewater velocities in excess of 100 cm day–1 were measured at station A in all surveys but April 2010 (Figure 2). The highest discharge rates were always measured at this point, followed by station B except during October 2010 where station C showed higher water discharge rates. Although we recorded the highest discharge rates observed between 2009 and 2011 at station A during October 2010 (153 ± 73 cm day–1), the difference in discharge rates obtained during the five sampling periods covering this point of the profile were non-significant (Kruskal–Wallis test, p > 0.05).
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FIGURE 2. Daily linear porewater velocities, and DIN and DOC fluxes per sampling station calculated over the two consecutive tidal cycles sampled during each survey. Error bars represent the standard error of the estimate.


The salinity of STE outflows only dipped below 35 in April 2010 (Figure 3). This contrasts with the 2005–2007 period, when salinities as low as 16.8 were measured (Leote et al., 2008). Nevertheless, the magnitude of the discharge remained very high and comparable to that measured during 2005–2007 (up to 180 cm day–1; Leote et al., 2008).
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FIGURE 3. Upper panels: box plot of DOC and DIN concentration range observed in the water samples taken from seepage meters during the five seasonal sampling surveys. Square limits represent the first and the third quartiles, the middle line represents the median, and whiskers are proportional to the interquartile range (IQR) of the data by using 1.58 IQR/(n)1/2. Average DOC and DIN concentrations measured in the surface seawater at low tide are shown in red as reference. Lower panels: Seasonal NO3– concentrations measured in the seeped water (3) and in the porewater samples taken with piezometers (4) as a function of salinity. Symbols denote each survey performed, while red fills are used to include the surface seawater measurements as reference.


NO3– was generally the predominant dissolved inorganic nitrogen form (DIN = NO3– + NO2– + NH4+; Supplementary Table 1) in STE outflow water. The highest DIN concentrations in seepage were recorded during October 2010, even if the lower salinities were measured during April 2010 (Figure 3). For the April and October data, DIN was significantly correlated with salinity (Figure 3), but with very distinct slopes (April: −7.1x + 261.7, R = 0.80, p < 0.0001, n = 46; October: −84.1x + 3041.7, R = 0.86, p < 0.0001, n = 71). DOC concentrations in seepage were highest in April (Figure 3). DOC fluxes from the beach face at station A, where the highest fluxes were measured, remained year round between 100 and 170 mmol m–2 day–1 (Figure 2). DOC did not covary significantly with salinity, and both DOC and DIN concentrations in the seeped water were generally higher than those measured in the surface seawater during low tide (Figure 3).



FDOM Components at the Seepage Face

PARAFAC analysis of our dataset identified five FDOM components (see Supplementary Material). These were compared with the OpenFluor database1 (Murphy et al., 2014). All five components showed high similarity (>0.95 Tucker’s congruence) with components identified in several prior studies (C1 present in nine studies, C2 in 18, C3 in 62, C4 in 61, and C5 in 24). Components 1, 2, and 4 (C1, C2, and C4) have characteristic emission wavelengths of 296, 340, and 336 nm, typical of protein-like fluorophores. They correspond to peaks T (C2 and C4) and B (C1) in Coble’s nomenclature (Coble, 1996) and are associated to labile DOM (Yamashita and Tanoue, 2003; Stubbins et al., 2014). Although they have similar characteristic emission wavelengths, components C2 and C4 differ in their characteristic excitation wavelengths (300 and 280 nm, respectively), suggesting they may correspond to FDOM fractions with different molecular weight (higher in C2; Coble et al., 1998). Components 3 and 5 (C3 and C5) have emission wavelengths of 418 and 466 nm characteristic of humic-like FDOM components (Supplementary Figure 2). Component C3 is similar to Coble’s peak M, previously identified as a humic-like FDOM component freshly produced in the marine environment by microbial activity. Component C5 corresponds to Coble’s peak C and is associated with refractory terrestrial DOM of low bioavailability (Stubbins et al., 2014). These FDOM components are highly similar to those from an independent PARAFAC analysis run with samples from flow-through reactor experiments conducted with water and sediment collected at the same sampling site (Ibánhez and Rocha, 2014a). Three protein-like (C1, C2, and C5, with characteristic emission wavelengths of 358, 320, and 298 nm, respectively) and two humic-like (C3 and C4, with characteristic emission wavelengths of 464 and 422 nm) FDOM components were also identified then.

Protein-like FDOM component C2 and the two humic-like FDOM components were always present in the seeped water. The predominant FDOM components, on the basis of relative peak intensity, were protein-like component C1 (44.4 ± 1.8%) followed by the marine humic-like component C3 (18.1 ± 0.7%). Over the entire dataset (n = 701), these two components as well as the terrestrial humic-like component C5 were significantly correlated with DOC concentration (C1: R = 0.56, p < 0.0001; C3: R = 0.66, p < 0.0001; C5: R = 0.26, p < 0.0001; n = 251). In contrast, no correlations of FDOM components with salinity or DIN were found. This general pattern in the composition of the FDOM held for each sampling event but October, where FDOM was dominated by the marine humic-like component C3 (28.9 ± 0.9%), followed by the protein-like component C4 (26.9 ± 1.2%) and the terrestrial humic-like component C5 (17.2 ± 0.6%). Despite its ubiquitous presence, protein FDOM component C2 was the lowest contributor to the overall FDOM pool by far (median contribution <8%) and therefore was excluded from the subsequent data analysis.

The FDOM composition of seepage differed along the beach profile. The relative abundance of the two humic-like FDOM components (C3 and C5) was strongly correlated within the permanently saturated beach face (stations A and B), but not in station C (Figure 4). Furthermore, this correlation was highly similar across both stations, with very comparable regression slopes (Figure 4). Similarly high correlation between the two humic-like FDOM components was observed in surface seawater samples. In contrast, no significant correlations between the relative abundance of the protein-like FDOM components C1 and C4 were found in seepage.
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FIGURE 4. Relationships of the two humic-like FDOM components identified through PARAFAC modeling of our dataset in the samples collected from the seepage meters and those collected from the surface seawater during low tide. Samples from the seepage meters are organized by sampling station.




Porewater Solute Distribution at the Seepage Face

Large spatial solute gradients were found within the beach porewater. Figures 5, 6 show a snapshot of solute distribution within the seepage face at the beginning of active seepage (i.e., at the beginning of sediment exposure). In contrast with seepage meter outflows, porewater salinities lower than 35 were only detected in January 2011 (Figure 3). These lows were restricted to sampling stations C and B where no seepage meters were installed at the time (Figure 5.5). Still, variable vertical salinity gradients are found in almost all the surveys. In stations C and B, the lowest salinity generally corresponds to samples taken from the deepest screened points within the beach aquifer (2 m depth). The exception occurred in January, where the lowest salinities within the beach are found at the shallower screened depths at station B (Figure 5.5). At station A, the lower salinity values in seepage water are found in April (Figure 5.2) and during July in porewater (salinity = 35; Figure 5.3).
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FIGURE 5. Solute distribution within the seepage face at the beginning of sediment exposure during low tide. Salinity (panels 1–5), NO3– (panels 6–10), and NH4+ (panels 11–15) are shown for the five surveys presented here. Data are represented on the beach profile, where the dark line represents sediment surface. Samples were collected with piezometers buried at different depths and seepage meters. Seepage meter data corresponding to half an hour around the time of piezometer sampling were integrated at each sampling station and presented at the sediment surface. Sampling stations are labeled in the top panels. White squares mean lack of data.
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FIGURE 6. FDOM distribution within the seepage face at the beginning of sediment exposure during low tide. The ratio of FDOM C3/C5 (panels 1–5), C1 (panels 6–10), and C4 (panels 11–15) are shown for the five surveys presented here. Data are represented on the beach profile, where the dark line represents sediment surface. Samples were collected with piezometers buried at different depths and seepage meters. Seepage meter data corresponding to half an hour around the time of piezometer sampling were integrated at each sampling station and presented at the sediment surface. Sampling stations are labeled in the top panels. White squares mean lack of data.


NO3– was the predominant form of porewater DIN throughout the studied period (Figure 5), as expected given the near-saturation of oxygen inside the beach (see Supplementary Figure 3; Ibánhez and Rocha, 2016). Significant reductions in oxygen levels during active seepage are only found in association with particulate organic matter (POM) enrichments near the sediment surface (Ibánhez and Rocha, 2016). NO3– distribution within the seepage face follows two different patterns during the year: from December 2009 to July 2010, NO3– porewater concentrations were lower than 15 μM and generally peaked close to the sediment surface. During October 2010 and January 2011, NO3– concentrations in porewaters exceeded 30 μM (up to 133 μM in October; Figure 3). In these two surveys, a significant linear relationship between salinity and NO3– exists, although with different slopes and intercepts: October: −77.3x + 2923.5, R = 0.81, p < 0.0001, n = 44; January: −14.0x + 504.7, R = 0.83, p < 0.0001, n = 56 (Figure 3). The location of the most NO3– enriched porewater was also different during these two surveys: in October, it was found at depth in station B and distributed with depth in station A (Figure 5.9). In January, it was found at depth in station C and in the shallower screens for station B piezometer nests (Figure 5.10). Ammonium, on the other hand, was permanently low and did not exceed 3 μM with peak concentrations found near the sediment surface (Figures 5.11–15).

With regard to the zonation of FDOM components, the highest values for the ratio between abundances of FDOM components C3 and C5 (C3/C5) within the seepage face were generally found in the beach interior (Figures 6.1–4), except for January where they could be found in the shallower levels of station A (Figure 6.5). On the other hand, the lowest C3/C5 abundance ratios were found during October and January (Figures 6.4–5) and generally matched the location of NO3–-enriched porewaters (Figures 5.9–10). Contrastingly, while FDOM component C1 was more abundant at the sediment surface from December to July (Figures 6.6–8), C4 tended to be more prevalent in depth (Figures 6.11–15). Nevertheless, no statistical evidence of antithetical association between these protein-like FDOM components was found.

The spatial solute distribution within the seepage face was relatively constant throughout the active seepage period (Figures 7, 8). Salinity gradients within the seepage face remained in place throughout the sampled period (Figures 7.2–4), suggesting the active pumping of waters with different origin contributed to support them. Toward the end of sediment exposure, the brackish, NO3–-enriched porewaters observed in station B during January (Figures 7.5, 7.11) were replaced by low NO3–, saline porewaters (Figures 7.5, 7.11). Interestingly, in April, salinity gradients persisted at the deepest beach aquifer zones during tidal exposure (Figures 7.2–3) in association with higher NO3– concentrations than those in surrounding porewaters (Figures 7.8, 7.9). Furthermore, the spatial patterns identified at the beginning of sediment exposure with regard to FDOM components remained almost unchanged throughout the period of active seepage (Figure 8). The lowest C3/C5 ratios were identified in station A during April and stations B and C during January with small changes over time. Labile FDOM component C1 peaked at the sediment–water interface during April and remained so throughout tidal exposure. On the contrary, the highest abundance of the labile FDOM component C4 was found in depth throughout the same period.
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FIGURE 7. Temporal solute distribution within the seepage face during the period of active seepage, i.e., during sediment exposure, organized by sampling station during April 2010 and January 2011. Porewater salinity (panels 1–6), NO3– (panels 7–12), and NH4+ (panels 13–18) are shown. Samples were collected with piezometers and seepage meters. Seepage meter data corresponding to half an hour around the time of piezometer sampling were integrated at each sampling station and presented at the sediment surface. White squares represent lack of data. Note the different scale in the NO3– concentrations between April and January.
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FIGURE 8. Temporal FDOM distribution within the seepage face during the period of active seepage, i.e., during sediment exposure, organized by sampling station during April 2010 and January 2011. The ratio of FDOM C3/C5 (panels 1–6), C1 (panels 7–12), and C4 (panels 13–18) is shown. Samples were collected with piezometers and seepage meters. Seepage meter data corresponding to half an hour around the time of piezometer sampling were integrated at each sampling station and presented at the sediment surface. White squares represent lack of data.


The persistence of large, stable solute gradients within the beach aquifer during tidal exposure in spite of high seepage rates highlights the extent of reactive modulation of solute concentrations inside the beach prior to discharge. High-resolution vertical porewater profiles show that the largest vertical solute gradients occur near the sediment surface at the peak of the discharge (Figures 9, 10). These are measured within vertically homogeneous salinity distributions (see Supplementary Material), implying that the nitrate gradients are sustained by reaction and not by mixing of different inputs. NO3– peaked within the surface 30–50 cm of sediment in station A from December 2009 to July 2010 (Figure 9) when large porewater flow rates were measured (Figure 2). Considering the predominant vertical direction of flow near the sediment surface at our site (Rocha et al., 2009; Ibánhez and Rocha, 2016), these results imply the active production of NO3– near the sediment surface at that point of the beach profile. The same is clearly observed at station B in July and October (Figure 10). In contrast, NO3– is only available at measurable concentrations at depths exceeding 50 cm during December in station B (>3 μM; Figure 9), during January in station A and the deepest reaches of station B and during October over the entire sediment column below station A, where NO3– concentrations exceeded 100 μM (Figure 10). NH4+, on the other hand, remained low throughout the entire period of study. The abundance of the two humic-like FDOM components, analyzed individually, was virtually constant with depth throughout the period of study, with very low temporal variability (very small error bars; Figure 9). The only notable exceptions to this general pattern were found in January 2011 and quite clearly in October 2010, where the vertical distribution of humic-like FDOM abundance drastically changed over the surface 30 cm of sediment from relative homogeneity with depth (Figure 10). There, active production of both C3 and C5 was observed. Protein-like FDOM components C1 and C4 showed higher spatial and temporal variability, although in general the largest changes also occurred at the surface sediment layers.
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FIGURE 9. High-resolution vertical porewater profiles of NH4+, NO3–, and FDOM components during the peak of discharge in stations A and B during December 2009 and April and July 2010. Porewater profiles correspond to the average of those obtained during two consecutive tidal cycles with piezometers and porewater profilers.
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FIGURE 10. High-resolution vertical porewater profiles of NH4+, NO3–, and FDOM components during the peak of discharge in stations A and B during October 2010 and January 2011 (only station A). Porewater profiles correspond to the average of those obtained during two consecutive tidal cycles with piezometers and porewater profilers. Note the different scale used in the NO3– and NH4+ profiles.





DISCUSSION


Technical Considerations

Lee-type seepage meters are affected by potential artifacts that influence seepage rate measurements (Shaw and Prepas, 1989). These effects are reduced at high seepage rates, as was the case for the study period (Cable et al., 1997; Leote et al., 2008). Nevertheless, seepage rate measurements reported here were validated with pressure measurements carried out in parallel, in two independent ways: using manual measurements of pore pressure employing the shallow screen piezometers installed every survey, and during April 2010, additional backing provided by continuous pressure measurements made with a ceramic 10M CTD Diver (Schlumberger Water Services, United States) buried at the seepage face for the duration of field sampling (Ibánhez and Rocha, 2016). Intercomparison of results confirmed the correct functioning of our Lee-type seepage meters during sediment exposure and the magnitude of the meter-derived seepage rates. During high tide however, the continuous pressure measurements obtained during April 2010 showed that surface water infiltration occurred within the permanently saturated zone (Ibánhez and Rocha, 2016). Infiltration rates cannot be monitored by Lee-type seepage meters due to their design. While this does not affect the credibility of measured seepage (outflow) rates, it raises concerns regarding the drivers of composition of seepage water collected by these instruments. During high tide, both the entrapped water and the volume of sediment enclosed by Lee-type seepage meters may have been subject to relatively limited ventilation. This would of course affect the solute composition of water collected during the first moments of seepage outflow as this water might be considered the efflux of pore and overlying water stagnating within the chamber for a few hours. Yet, under the prevalent seepage rates, the enclosed volume of water, calculated on the basis of the chamber dimensions (0.1 m2, 10 cm depth) and the local porosity (∼0.3), this potentially stagnant porewater would have been flushed out within less than 30 min of active seepage. Even if this effect is limited over the vast majority of data given the large period covered by the measurements during active seepage stages of the tidal cycle, it might explain the large enrichment in FDOM component C1 found in water samples collected at the beginning of these stages, particularly from December to July (Figure 6). The progressive decrease of abundance in FDOM component C1 with time during the active seepage stage shown for April 2010 (Figure 8) and the paucity of this FDOM component in porewater profiles collected with our profilers (Figure 10) support this interpretation. It follows that composition of seepage water collected with these meters at the very beginning of the outflow stage should be taken with caution when interpreting the overall results.



Compositional Change of SGD at the Sampling Site

Salinities lower than 35 were only measured in seepage water during April, in contrast with the monthly surveys performed during 2006–2007 at the same site where measurable fresh groundwater was always present, even if in small quantities during the summer months (Leote et al., 2008; Rocha et al., 2009). Salt budgets (Ibánhez and Rocha, 2016) revealed that fresh groundwater would only account for 2.7 ± 1.8% of the STE outflow at station A during April 2010, while negative salt balances prevailed in the other two stations, due essentially to the accumulation of salt in the unsaturated sediments over low tide (Geng et al., 2016). This drop in salinity during April 2010 is not associated with an influx of NO3– to the seepage face as observed during 2006–2007 at the same site, where nitrates and salinity were negatively correlated, suggesting that it might have originated from local rainfall rather than from the subsurface. Thus, SGD was essentially composed of recirculated seawater for this study period. Regardless, seepage rates were comparatively high in comparison to the 2006–2007 period when significant amounts of fresh groundwater were outflowing from the same site. The high hydraulic conductivity (10–3 cm s–1), beach slope (10%), and tidal amplitude (1.5–3 m) of the location allow the fast recirculation of seawater through the upper parts of the beach, forming the so-called tidal circulation cell (Robinson et al., 2007a, b) which contributes to sustain the high seepage rates in situ.

A sudden, more than threefold increase in SGD-derived NO3– fluxes to the lagoon compared to the other months is observed in October 2010. These large NO3– fluxes were restricted to sampling station A, where continental groundwater discharge was observed during the period 2005–2007 (Leote et al., 2008). Parallel increases in porewater NO3– were not observed in the water collected from the seepage meters installed in January 2011, although the presence of a NO3–-rich, brackish discharge tube is clearly observed in the beach interior. Beach sands can host large nitrification rates supported by the simultaneous supply of oxygen and organic matter into the beach interior (Schutte et al., 2018). Oxygen transport into our site is driven by the fast infiltration of surface seawater at the unsaturated upper intertidal, explaining the large benthic oxygenation (see Supplementary Material; Ibánhez and Rocha, 2016) and therefore could explain the porewater NO3– enrichment found during October and January. The substrate for benthic autotrophic nitrification, NH4+, remained low (generally <3 μM) in porewater (e.g., Figure 5). These sediments also have very low NH4+ adsorption capacity (Ibánhez and Rocha, 2017). Therefore, to support nitrification rates capable of explaining the observed NO3– concentrations, significant benthic organic matter mineralization is required. Two moles of O2 are needed for the production of one mole of NO3– during autotrophic nitrification, and these have to be added to the O2 consumption fueling aerobic organic matter mineralization. Porewater O2 levels measured during January in the three sampling stations and throughout the studied sediment column remained near saturation levels (>200 μM; see Supplementary Material) at all times, giving no indication of significant benthic O2 consumption that would support aerobic mineralization coupled to nitrification over the sampling timeframe. This observation supports our previous findings indicating strong organic matter limitation of aerobic respiration (Ibánhez and Rocha, 2016), and implies that the NO3– enrichment in porewater found during October and January is not driven by nitrification supported by aerobic respiration within the seepage face. It has to originate elsewhere and is transported toward the seepage face by porewater advection.

The first option is that nitrate originates in subsurface fresh groundwater of continental origin, as suggested by the strong linear correlation of porewater NO3– with salinity during both October and January (Figure 3) even if porewater salinity below 35 was only found in January. Furthermore, the NO3–-rich porewater discharge tube observed during these surveys was located in the same area affected by fresh continental groundwater during 2005–2007 (Rocha et al., 2009). These waters originated from the direct mixing of NO3–-polluted Campina de Faro aquifer system groundwaters and coastal seawater (Rocha et al., 2016). In 2005, a drastic drop in the piezometric head was observed in the coastal aquifer system surrounding Ria Formosa (Figure 11). The hydraulic gradient to the sea remained very low until the beginning of 2010, when a fast recovery began. This increase in the piezometric head in land during the study period, which reached values at the higher end of those registered for the period 2002–2011, is not immediately translated into higher continental freshwater influx at the site. This suggests that there is a time lag of months from the recovery (or drop during the 2006–2007 period) in the piezometric head inland and the increase (or decrease) of the contribution of continental groundwater to the overall SGD at the site. Alternatively, the water might be diverted or intercepted in transit, and recirculated via irrigation (Hugman et al., 2017) during the spring to fall period. The inland piezometric head further controls the position of the freshwater–seawater interface within the aquifer matrix (Michael et al., 2005; Robinson et al., 2006). Thus, during the prolonged drop in the piezometric head of the coastal aquifer, the freshwater–seawater is displaced inland and surface seawater intrudes de aquifer. There, seawater intrusion completely changes ionic strength (and hence desorption of solutes such as ammonium from the aquifer matrix), pH, DOM content, or oxygen levels within the aquifer and can significantly increase NO3– levels through processes such as DOM mineralization, nitrification, and matrix weathering (Slomp and Van Cappellen, 2004; Moore and Joye, 2021; Wan et al., 2021). With the recovery of the piezometric head, this salty groundwater will be displaced toward the seepage face. The displacement of the freshwater–seawater interface and the discharge of the intruded seawater can explain the delay observed between piezometric head recovery and the identification of a fresh groundwater signal at the seepage face but also, can add to the NO3– levels observed during October and January. If we take DIN content within the seepage face as a reference however, our data can be separated into two highly distinctive sets: one from December 2009 until July 2010 where porewater in the seepage face is largely dominated by recirculated seawater with low DIN content, and another from October 2010 to January 2011 where the arrival of continental groundwater largely impacted DIN content inside the seepage face.
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FIGURE 11. Monthly precipitation as recorded in the meteorological station placed in the airport of Faro (37.02°N, 7.97°W) and piezometric head recorded in the 610/6 (37.02°N, 7.97°W), 611/236 (37.03°N, 7.94°W), and 611/209 (37.05°N, 7.95°W) monitoring wells of the Sistema Nacional de Informação de Recursos Hídricos (SNIRH; Portugal; https://snirh.apambiente.pt) from January 2002 until March 2011. Gray areas denote the temporal coverage of surveys presented in Leote et al. (2008) and in this study.




FDOM as a Proxy of Organic Matter Transport and Reactivity at the Seepage Face

In combination with PARAFAC modeling, FDOM permits to disentangle the cycling of specific fractions of the DOM pool. Compared to the traditional pick-picking technique for identification of FDOM components (e.g., Coble, 1996), PARAFAC allows the fluorescence signals of each fluorophore to be separated, thus avoiding signal overlapping and the ensuing overestimation of fluorophore abundances in concentrated samples (Andersen and Bro, 2003; Stedmon and Bro, 2008). Furthermore, the unique solution produced by PARAFAC modeling of an FDOM dataset allows quantification of the relative abundance of each fluorophore, which is directly proportional to the concentrations of the individual components in the samples (Andersen and Bro, 2003; Murphy et al., 2013).

Previous studies have used FDOM humic-like components identified through PARAFAC analysis to quantify the transport of terrestrial DOM to the coast through SGD (Nelson et al., 2015; Kim and Kim, 2017; Cho et al., 2021). In our site, the relative abundances of FDOM humic-like components C3 and C5 were significantly correlated in water seeping out from stations A and B (Figure 4), suggesting that the relative abundances of C3 and C5 expressed as a ratio (FDOM C3/C5) could be a reliable tracer of SGD in the Ria Formosa lagoon. Nevertheless, inside the seepage face, the FDOM C3/C5 abundance ratio showed high spatial and temporal variability (Figures 6, 8). During December 2009, at the lowest piezometric level observed inland for this study (Figure 11), the FDOM C3/C5 ratio was the highest of the series. A progressive enrichment in FDOM terrestrial humic-like component C5 relative to component C3 is observed afterward, except for July, in coincidence with the seasonal fall of the hydraulic gradient in the coastal aquifer during the summer. During October and January, the lowest C3/C5 ratios (i.e., higher relative contribution of the FDOM terrestrial humic-like component C5) are strongly associated with the NO3–-rich porewater discharge tube identified (Figures 5, 6), further suggesting the inland origin of the observed porewater NO3– enrichment during these last two surveys.

The microbial degradation of both particulate and dissolved organic matter produces humic-like FDOM compounds (Ogawa et al., 2001). Despite the presumable terrestrial origin of FDOM component C5, this humic-like fluorophore was actively produced during October and January near the sediment surface (Figure 10). Suryaputra et al. (2015) observed the production of this FDOM component in a microtidal STE associated to marine organic matter degradation. Furthermore, Romera-Castillo et al. (2010, 2011) suggested that humic-like FDOM component C3 is produced by eukaryotes, whereas C5 is produced by prokaryotes that are also able to use FDOM component C3 to produce C5. The blue shift of C5 compared to C3 suggests comparatively higher aromaticity (Coble et al., 1998; Stubbins et al., 2014). Thus, C5 is assumed to have higher resistance to microbial degradation but also that it is produced from more refractory organic matter compared to C3. Its persistence in the environment allows its use to fingerprint water masses with different origins in complex coastal ecosystems (Ibánhez et al., 2019). Combined, humic-like FDOM components C3 and C5 can be linked to the microbial processing of different organic matter fractions.

Protein-like FDOM components are linked to the amino acid content of aquatic ecosystems (Yamashita and Tanoue, 2003; Stubbins et al., 2014). Peptides and both intra and extracellular proteins contribute to the protein-like FDOM pool (Fox et al., 2017). In this study, samples were filtered with Rhizon SMS with a pore size of 0.1 μm, and thus, protein-like FDOM components C1 and C4 can confidently be attributed to the extracellular amino acid content in water samples. Both FDOM components are therefore labile and can feed heterotrophic microbial processes (Stubbins et al., 2014) but also their active production is a reliable proxy of microbial activity (Fox et al., 2017). This is consistent with the highly variable distribution of FDOM components C1 and C4 within the seepage face and the observation of both apparent production and consumption patterns (Figures 9, 10).



DIN and FDOM Reactivity Within the Seepage Face

Large spatial solute gradients were observed inside the seepage face (Figures 5, 6) that remained stable throughout the period of sediment exposure (Figures 6, 7). Particularly notable are the unstable salinity gradients observed, for instance, in the deepest piezometers of April and in stations C and B in January, that remained in place throughout the period of sediment exposure (Figure 6). Vertical density instabilities promote convective turnover and mixing (Rocha, 2000) and thus are not stable over time. Therefore, these unstable density gradients that persist over time must be continuously feed by the complex 3-D transport pathways present inside the beach. Nevertheless, near the sediment–water interface, the magnitude of the measured seepage rates and their validation with pressure measurements that assume vertical porewater transport (Ibánhez and Rocha, 2016), confirm that there, porewater transport is largely dominated by the vertical component.

Using the measured seepage rates during the peak of the discharge and assuming stationary state and vertical seepage (Rocha et al., 2009; Ibánhez and Rocha, 2016), we calculated solute reaction rates from the averaged, high-resolution porewater profiles from the seepage face. To ensure that vertical seepage dominates the sediment horizon studied, solute mass balances were performed with the data from the top 44 cm of sediment. Homogeneous vertical salinity is verified in the selected sediment column throughout the studied period and thus, solute gradients are confidently assigned to the local reactivity (see Supplementary Material), calculated as follows:
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where △C is the change of the target solute verified between 44 cm depth and the sample closest to the sediment surface, q is the Darcy velocity, and d is the length of the studied sediment column (44 cm).

The two different periods identified based on the presence or absence of measurable NO3– at the seepage face presented contrasting reactivity (Table 1). From December to July, NO3– production dominated, while the highest NO3– reduction rates are obtained in station A in October, coinciding with the NO3– enrichment in the sediment column. These nitrification and NO3– reduction rates are at the low end of those determined through diagenetic modeling of in situ porewater profiles (Ibánhez et al., 2013) and with flow-through reactor experiments (Ibánhez and Rocha, 2017) at the same site. FDOM protein-like components C1 and C4 showed variable reactivity, with a tendency toward net consumption during the first period sampled and a net production of both components during the second one. Nevertheless, the reactivity of the humic-like FDOM components showed the clearest seasonal pattern. While during the first three surveys humic-like FDOM components remained almost vertically unchanged denoted by the low reaction rates obtained, these were actively produced at high rates coinciding with the observed porewater NO3– enrichment at the seepage face. Overall, while during the initial period (December 2009 to July 2010) the seepage face generally acted as a sink of FDOM, during October 2010 and January 2011 net production of the four FDOM components was generally obtained.


TABLE 1. NO3– and FDOM reaction rates calculated through mass balances of solute distribution in the top 44 cm of sediment in the seepage face, organized by survey and sampling station.
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DIN Impact Over C Storage and Processing Capacity in the STE

In intertidal sands, pelagic POM transported by seawater infiltration during high tide is trapped near the infiltration surface (de Beer et al., 2005; Rocha, 2008; Jiang et al., 2020). Thus, while solutes such as oxygen or DOC can penetrate the beach interior, POM accumulates in the surface sediments. This was clearly observed at our sampling site during the studied period, where POM content peaked at the sediment surface and decayed with depth (Ibánhez and Rocha, 2014a, 2016). Aerobic respiration and NO3– reduction processes at the studied site are limited by organic C availability, showing strong limitation at depths exceeding 30–40 cm (Ibánhez et al., 2013; Ibánhez and Rocha, 2016). Similarly, intense FDOM reactivity seems to be mainly restricted to the top 30–40 cm of sediment, where FDOM components changed abundance by up to 90% (Figure 10).

FDOM component C5 was never actively produced from December 2009 to July 2010 (Table 1). This contrasts with the high rates of production of both humic-like FDOM components during October 2010 and January 2011, suggesting an enhanced C processing within the seepage face during this period, including both fresh and older organic matter. This period also showed the highest protein-like FDOM production rates, except for C1 in station B in October, suggesting an enhancement of microbial activity during October and January. Furthermore, the concomitant production of both protein-like and humic-like FDOM suggests that they are primary originated from POM processing rather than from DOC. This is supported by the location of the FDOM production zone, tightly coupled with the distribution of infiltrated pelagic POM that accumulates in the top sediment column of the studied site (Ibánhez and Rocha, 2016). Similar spatial patterns of FDOM reactivity were identified in an STE from Sanggou Bay (China) that receives significant land-derived NO3– loads (Jiang et al., 2020). There, the concomitant production of protein-like, humic-like FDOM and DOC under chronic porewater NO3– enrichment is observed in the sediment depths where POM is accumulated.



Mechanisms Underlying NO3–-Driven Organic C Processing Enhancement in the STE

Our results are in high agreement with those presented in Ibánhez and Rocha (2014a). There, a series of flow-through reactor experiments were run with intact sediment columns from the top 12 cm and porewater collected at the study site during October 2010 and January 2011. Under a purely advective regime (15.1 ± 0.2 to 18.8 ± 0.1 cm h–1; Ibánhez and Rocha, 2014a), similar to that found in the field (Table 1), the surface sediment metabolism is C-limited and an overall DOC and FDOM sink. Nevertheless, when the circulating porewater is spiked with NO3– (>100 μM final concentration), the sediment became a source of DOC, protein-like FDOM, and both humic-like FDOM components identified here, both under oxic (>220 μM O2) and suboxic conditions (<90 μM O2). The sudden availability of N stimulates microbial metabolism and its ability to process particulate refractory organic matter, thus mobilizing the stored POM pool. In our field surveys, active FDOM production is mainly restricted to the last two surveys where NO3– enrichment is observed within the seepage face. The highest rates of FDOM production are observed in station A during October, directly impacted by this enrichment in NO3–. In station B during October and station A during January, this NO3– enrichment is not observed at the peak of the discharge. Nevertheless, the lateral displacement of the NO3–enriched porewater discharge tube caused by tidal oscillation and mixing during active surface water infiltration during high tide could spread this NO3– enrichment within the seepage face, thus promoting the observed enhanced POM processing.

NO3– is a powerful oxidant that is used as electron acceptor by different microbial organisms (e.g., Kuypers et al., 2018). In the benthic redox cascade, i.e., the sequential use of electron acceptors by the microbial community based on favorable energy yields, NO3– is the most energetically efficient electron acceptor after O2. Under anoxic conditions, the sudden availability of NO3– would feed heterotrophic processes such as heterotrophic denitrification that could promote the observed enhancement of organic C processing at the seepage face. Nevertheless, the sampled beach interior was well oxygenated during the surveyed period and thus, benthic aerobic respiration would not be limited by O2 availability (see Supplementary Material; Ibánhez and Rocha, 2016). NO3– reduction under bulk benthic oxic conditions was observed at our site (Ibánhez and Rocha, 2017), and net NO3– reduction rates were obtained in the mass balances performed here (Table 1). Although aerobic denitrification was reported in permeable marine sediments (Marchant et al., 2017), NO3– reduction rates at our site increase when lowering the amount of O2 in the circulating porewater, suggesting the presence of anoxic microniches within the sediment pore structure that would sustain NO3– reduction rates under bulk aerobic conditions (Ibánhez and Rocha, 2017). In the FTR experiments performed in parallel to the surveys presented here (Ibánhez and Rocha, 2014a), the concomitant benthic production of both humic-like and protein-like FDOM components under NO3– spiked porewater was similar under both oxic and suboxic conditions. There, a significant increase of the benthic production of humic-like and protein-like FDOM was verified after further adding NH4+ to the circulating porewater. These results suggest that, adding to the observed organic C limitation, the local microbial metabolism is also N-limited. With excess electron acceptors in place at the seepage face, porewater N enrichment promotes a priming effect over organic matter mineralization by overcoming stoichiometric constraints of microbial metabolism (Guenet et al., 2010), thus accelerating organic C turnover within the seepage face as observed in other N-deficient systems (e.g., Mack et al., 2004; Bragazza et al., 2006; Chen et al., 2020).




CONCLUSION

The large heterotrophic capacity of permeable coastal sands prevents the accumulation of labile organic matter in the sediment, driving these environments to C limitation. Together with previous research at the same site, our results also indicate that heterotrophic processes are N-limited at the seepage face. Because the progressive recovery of the inland piezometric head observed during the study period resulted in the gradual increase of NO3– availability at the seepage face, organic C processing there was completely changed. Sudden N transport to the seepage face appeared to catalyse POM processing, thus reducing C storage. The resulting organic metabolites are then rapidly transported to surface waters where they become exposed to photolysis and pelagic mineralization. Overall, additional N supplied by the subterranean estuary appears to accelerate particulate organic C turnover within the system. Despite the low standing stocks of POM of these benthic environments, their large volume suggests that this mechanism may have a significant impact on the reactive resilience of the coastal C pool. Validation of these findings by elucidating the role of N supplementation on local microbial and enzymatic activity and generalization of the observations supporting this priming effect to other STEs is yet to occur.
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Supply of bio-labile dissolved organic matter (DOM) has been assumed to be a key factor for the intensity of nitrate (NO3–) removal in permeable coastal sediments. In the present study, a series of flow through reactor experiments were conducted using glucose as a N-free bio-labile DOM source to permeable sediments from a sandy beach seepage face to identify its effect on benthic NO3– removal. The results revealed a shift from the dominance of NO3– production to removal processes when NO3– input concentration increased from 10 to 80 μM under oxic conditions. Sediment microbiota information suggests that nitrification (e.g., Nitrosomonas and Nitrososphaera) and denitrification (e.g., Marinobacter and Bacillus) were dominant pathways for benthic NO3– production and removal in the studied sediment. Compared with the active response of sediment microbiota to NO3– additions, the supply of glucose (approximately 300 μM final concentration added) did not significantly change the NO3– removal efficiency under aerobic conditions (dissolved oxygen saturation approximately 100%). Similarly, an insignificant increase of NO3– removal rate after glucose amendment of the circulating water was obtained when dissolved oxygen (DO) saturation decreased to approximately 70% in the input solution. When DO at the input solution was decreased to 30% saturation (sub-oxic conditions), the removal rate of NO3– in the group amended with glucose increased, suggesting that glucose stimulated denitrifiers. These results revealed that NO3– removal relied mainly on the anaerobic environment at particle surfaces, with a dependence on the sedimentary organic matter as an electron supplier under bulk aerobic conditions, while the bio-labile DOM was consumed mainly by aerobic respiration instead of stimulating NO3– reduction. However, the respiration triggered by the over-supply of bio-labile DOM reduced the DO in the porewater, likely depressing the activity of aerobic reactions in the permeable sediment. At this point, the benthic microbiota, especially potential denitrifiers, shifted to anaerobic reactions as the key to support nitrogen metabolism. The glucose amendment benefited NO3– reduction at this point, under sub-oxic conditions.
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INTRODUCTION

Coastal permeable sediments, mainly composed by coarse silicate or carbonate particles with a permeability >10–12 m2, cover more than 70% of global coastal areas (Huettel et al., 2014). In this permeable environment, advection is the dominant pathway for the transport and dispersion of solutes in porewater (Jiang et al., 2021a), and feeds a wide range of biogeochemical reactions (Huettel et al., 2014; Mouret et al., 2020). Bioavailable nitrogen (N) has been intensively introduced into terrestrial ecosystems via different anthropogenic activities. The indiscriminate use of fertilizers, manure and waste sludge in land together with industrial spillages has led to the widespread accumulation of nitrate (NO3–) in coastal groundwater on a global scale (Rivett et al., 2008). Coupled with the transport of groundwater from aquifers to coastal oceans driven by hydraulic gradients, a significant portion of land-derived NO3– reaches permeable coastal sediments in subterranean estuaries (STEs; defined as the underground mixing zone between continental groundwater and infiltrating seawater; Moore, 1999) prior to discharge to the coast (Jung et al., 2020; Ibánhez et al., 2021a). High groundwater-borne NO3– loadings frequently trigger a series of negative feedbacks on coastal ecosystems such as blooms of toxic phytoplankton, accumulation of organic matter, and oxygen depletion (Troccoli-Ghinaglia et al., 2010; Amato et al., 2016; Rocha et al., 2016).

As active reactors in coastal belts, permeable sediments have a strong capability to modulate NO3– mass transport via a wide range of biogeochemical reactions, such as autotrophic nitrification, microbial assimilation, and heterotrophic denitrification (Marchant et al., 2014; Kuypers et al., 2018; Ahmerkamp et al., 2020; Jiang et al., 2021c). The main pathway for NO3– removal in permeable coastal sediments is frequently identified as denitrification (Ibánhez et al., 2013; Marchant et al., 2014; Ibánhez and Rocha, 2017). Denitrification rates in permeable sediments are deemed to be deeply influenced by environmental factors, including the supply of organic matter, dissolved oxygen (DO) concentration, and advection rate, etc. (Santos et al., 2012; Ibánhez and Rocha, 2017; Ahmerkamp et al., 2020). As a heterotrophic microbial pathway, organic matter availability has widely been acknowledged to be a key factor for benthic denitrification (Crawshaw et al., 2019). In intertidal permeable sediments, the organic matter inventory includes both dissolved organic matter (DOM) and sedimentary organic matter (SOM). There, DOM shows high mobility due to seawater intrusion caused by tidal pumping, wave setup and temperature-driven porewater movement (Suryaputra et al., 2015; Meredith et al., 2020), while the SOM concentration is frequently related to adsorption and retention of particulate organic matter near the infiltration zones (Jiang et al., 2020). Both DOM and SOM can feed carbon-dependent reactions (Weston and Joye, 2005). In terms of denitrification, previous research outcomes frequently assumed that bio-labile DOM would control sediment/soil denitrification capability according to the requirement of electron transfer from carbon compounds (Cornwell et al., 1999; Bernhardt and Likens, 2002; Surey et al., 2020). However, permeable sediments are frequently enriched in DO by porewater exchange with DO saturated seawater and DO diffusion from the atmosphere (Berg et al., 2013; Ibánhez and Rocha, 2016). The bio-labile DOM might be consumed in aerobic mineralization prior to be available for denitrification (Jiang et al., 2018), suggesting a possible spatial isolation between bio-labile DOM enrichment and denitrifiers (e.g., spatial mismatch in coastal aquifers; Siemens et al., 2003). In addition, DO availability might directly hamper the denitrifying bacterial activity, leading to depression of denitrification process rates under oxic conditions (Evard et al., 2012). Alternatively, the consumption of bio-labile DOM in aerobic reactions triggers the decline of DO in porewater (Heiss et al., 2020), creating sub-oxic or anaerobic environments that are suitable for benthic denitrifiers along the porewater transport path (Kessler et al., 2012; Heiss et al., 2020). Nevertheless, our understanding of the interrelations between bio-labile DOM and DO supply and denitrification, i.e., the dominant pathway of NO3– removal, in coastal sands is still limited and hinders our understanding of NO3– cycling in coastal permeable environments and the resulting NO3– fluxes across the land-ocean boundary.

Targeting this knowledge gap, in the present study, a series of laboratory simulations were conducted using flow through reactor (FTR) cells to mimic the dominant advective transport pathways of coastal sands. Glucose was added to the pumped solution as a source of bio-labile DOM to sediment microbes. In addition, the DO concentration in the input solution was adjusted by injecting nitrogen gas. Rates of NO3– removal and production were evaluated under different levels of glucose and DO availability. The main hypothesis of the present study was that glucose amendment could significantly stimulate NO3– removal rates. The research aim was to test the hypothesis and evaluate the possible mechanisms underlying observed reaction patterns.



MATERIALS AND METHODS


Sample Collection

Permeable coastal sediments were collected from a sandy beach located at the inner part of Sanggou Bay (China). The porosity of the beach sediment was approximately 0.31 and the mean hydraulic conductivity of the sampled sandy sediments was 7.5 × 10–5 m s–1. There, the outflow of low salinity porewater into the bay was verified during ebb tide (Jiang et al., 2020). This brackish water discharge is associated to continental groundwater inputs that also trigger the porewater enrichment in radium isotopes and nutrients (Wang et al., 2014). Around Sanggou Bay, agriculture activities, mainly focused on apples, corn and wheat are intensively developed. These activities lead to a significant accumulation of NO3– in the terrestrial groundwaters surrounding the bay, with concentrations >350 μM in coastal wells (Wang et al., 2014). This continental groundwater enriched with NO3– reaches the sampled seepage face, leading to a variation of NO3– concentration from 20 to 60 μM in porewater. DOC concentrations locally vary between 180 and 390 μM, while the P concentration in the porewater was much lower (below 2 μM) due to adsorption on sandy particles (Wang et al., 2014). Apart from agriculture, the local economy is also supported by intensive marine culture activities conducted in the bay (Fang et al., 2016). High-biomass primary producers, such as diatoms and kelp, introduce a significant amount of pelagic DOM into the bay water via basic metabolism (e.g., secretion), diffusion across the cell membrane and decomposition (Thornton, 2014; Mahmood et al., 2017). This pelagic DOM is injected into the seepage face with seawater infiltration, creating a local mixing zone between bio-labile DOM and terrestrial NO3–. Sediment cores (20 cm depth, 10 cm diameter) were collected in the seepage face during ebb tide in April (spring) and October (autumn) 2018. Sediment at the sampling site presented a large accumulation of bivalve debris at the surface originated from the intense bivalve aquaculture in the area. This surface layer of bivalve debris (typically 0–1 cm depth) was removed before the collection of sediment cores.



Laboratory FTR Simulation

Flow through reactor cells were used to mimic in situ advective conditions and thus explore benthic reactions in the seepage face (Figure 1). FTR cells of 10 cm length and approximately 8 cm of diameter were used (total volume for sediments: 500 cm3). These include two collimators and fine meshes (pore size: 30 μm) to ensure an even transversal distribution of the pumped solutions through the incubated sediments. After collection, the sediments were gently repacked into the reactor cells after removing large pieces of debris and the inner walls of the cells were scrubbed to increase the contact between sediment particles and the containers and hence to eliminate the build-up of preferential flow paths along the walls. Aluminum foil was wrapped around each cell to eliminate the influence of light exposure on benthic microbial activity or primary producers. After setting up, all FTR cells were placed into a thermo-constant incubator at 20°C, which was comparable to the porewater temperature during both sampled seasons (Jiang et al., 2020). FTR cells were then flushed with seawater overnight (approximately 10 h) at a constant rate of 3 mL min–1 (discharge rate as 11.5 cm h–1), equivalent to the advection rate quantified in the seepage face during active seepage (Jiang et al., 2020). With these conditions, porewater retention time was calculated as the quotient of system flow rate and total porewater volume (product of total sediment volume and porosity) in a cell (approximately 52 min). Afterward, the flushed sediment from three reactors was kept for further physico-chemical analyses.
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FIGURE 1. Sketch of flow through reactor (FTR) experiments established in the laboratory. This set highlights the injection of nitrogen gas into the reaction liquid to regulate the oxygen content level. This sketch is modified from Jiang et al. (2018).


After conditioning of the FTR cells, the working solutions were pumped through the test reactor cells using a high-accuracy peristaltic pump (BT-100, Longer®, China) at the same pumping rate as that used during the flushing period. The series of sediment incubations included seven groups (one control and six treatments) with different levels of NO3–, dissolved organic carbon (DOC) and DO in the input solution, as outlined in Table 1. The carrier solution used was aged seawater (storage > 100 days) with a salinity of 33 to maintain strict control on the labile DOM content of the circulating porewater. In the six treatments, NO3– was kept constant (∼80 μM), while DOC concentrations ranged from ca. 140 (i.e., without amendment) to 480 μM via the addition of glucose. Additionally, three different DO levels in the input solution were employed (Table 1). In the DO saturation group (approximately 240 μM), the working solution was bubbled with air before the incubation. For the DO unsaturation groups (70% saturation: nearly 170 μM), nitrogen gas (99.999% purity) was bubbled into the working solution from the bottom of the container at a constant rate for the partial removal of DO. For groups with 30% DO saturation (nearly 75 μM), the input solution was treated in an ultrasonic bath for 3 min prior to the start of the bubbling process. For each treatment, triplicate reactor cells were used. During the experiments, the complete replacement of the porewater inside the FTR cells was determined by dye tracer release-balance (input concentration was identical to output concentration), and it was complete after approximately 3 h at the settled pumping rate (3 mL min–1) based on the input-output balancing experiments using Rhodamine tracer (the input and output balance displayed in Supplementary Figure 1). Accordingly, sampling of the input and outflow solutions from each reactor took place after pumping the working solution for 6 h to guarantee solute dispersion in sediments (Figure 1). In each reactor, four samplings were conducted at 1 h intervals. The collected samples were filtered with Millipore syringe filters (0.22 μm pore size) and stored in acid prewashed plastic bottles for dissolved inorganic nitrogen (DIN) species and pre-combusted glass vials for DOC and chromophoric dissolved organic matter (CDOM) determinations and kept at −20°C prior to laboratory analyses to avoid potential microbial degradation of the samples (Jiang et al., 2017). Besides the collection of water samples, DO concentrations at both the input solution and the outflow stream were directly measured with a portable probe (WTW Multi 3630). Reaction rates for DIN species, DOC and DO were calculated from the difference in concentration between the input and the output solutions, porewater residence time (52 min) and the sediment volume contained in the FTR cell (500 cm–3) according to Ibánhez and Rocha (2014). Negative reaction rates indicate consumption of the target solute within the sediment, while positive values represent benthic production.


TABLE 1. Initial concentrations of DOC, NO3–, and DO in each batch of the flow through reactor (FTR) incubation experiment.
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Sediment Physico-Chemical Analyses

Total organic carbon (TOC) content in the sediment samples was determined via a CHNOS Elementar cube (Vario EL III) after removing inorganic fractions using 2 M hydrochloric acid (Wu et al., 2019). Sediment total nitrogen (TN) concentration was measured with the same equipment without the acid pretreatment. The equipment accuracy for TOC and TN determinations in sandy sediments was approximately 5%. Exchangeable DIN, DOC, and CDOM from sediment particles (approximately 4 g dry weight) was extracted with a 0.5 M potassium chloride (KCl, approximately 40 mL) solution for 12 h under constant agitation, with a rotation rate of 200 rpm (20°C). Subsequently, the supernatant was filtered with syringe filters and kept at −20°C until analysis. Sediment grain size was measured using a Coulter LS 100Q particle analyzer (Coulter Company, United States). The particle size <2 μm was defined as clay, 2–63 μm as silt, and >63 μm as sandy grains (Wu et al., 2019).

Sediment samples from both sampled seasons were also used in a series of adsorption experiments to quantitively determine the influence of adsorption on glucose and NO3– concentrations under aerobic conditions. In particular, the sediment used in the adsorption was autoclaved for 30 min at 121°C to eliminate the influence of sediment prokaryotes (Jiang et al., 2018). After gently washing with filtered seawater, the autoclaved sediments (10 g) were mixed with aged seawater (40 mL) spiked with NO3– (final concentration: 80 μM) and glucose (final DOC concentration: 480 μM), respectively. The adsorption experiments covered incubation periods ranging from 0.5 to 12 h. The spiked solutions before and after adsorption experiments were collected and stored for laboratory analyses. The adsorbed quantity of glucose and NO3– was calculated from the solute concentration difference in these two solutions divided by the sediment dry weight (Ibánhez and Rocha, 2017).



Sediment Microbial Analyses

Total DNA from approximately 0.30 g of sediment was extracted using the DNeasy PowerSoil Kit (Qiagen, Germany). Primers for the V3–V4 regions for 16S rDNA were designated to identify microbial diversity (Wei et al., 2021). The 16S rDNA gene amplicon library from PCR cycling was constructed with the KAPA Hyper Prep Kit (Roche). The built library was paired-end sequenced on an Illumina Miseq system (Illumina). The raw reads have been deposited in the NCBI database. The diversity indices from the spring and autumn samples, including the Shannon index and Equitability, were analyzed with USEARCH alpha_div (Edgar, 2010).



Water Analyses

Dissolved inorganic nitrogen species (NH4+, NO2–, and NO3–) in the samples collected from the FTR experiments, the solutions for extraction of the sediment exchangeable compounds and adsorption experiments (only NO3–) were quantified using a flow injection system (SAN++ plus, SKALAR Analytical B.V., Netherlands). DOC concentrations in these water samples were analyzed by high-temperature catalytic combustion using a Shimadzu TOC-LCPH TOC analyzer (TOC-LCPH, Shimadzu, Japan) with an ASI-L autosampler (Jiang et al., 2020). CDOM of the collected water samples was analyzed on a dual channel spectrophotometer (PERSEE®, China, TU-1901) with ultrapure water as blank (water resistivity: 18.2 MΩ cm). After equipment stabilization, CDOM samples were continuously scanned from 400 to 250 nm on the spectrophotometer with 1 nm intervals. CDOM content in the tested water samples was estimated by the absorption coefficient at 355 nm (a355, Zhang et al., 2007). In addition, the spectral slope from 275 to 295 nm was determined as a proxy of the molecular weight of CDOM (S275–295; terrestrial materials frequently show small slopes, while pelagic materials tend to show larger slopes; Zhang et al., 2007). The isotopic composition of NO3– (δ15N/18O–NO3–) was determined in the collected samples to understand reaction pathways and rates in place (Jiang et al., 2019, 2021b). The isotopic ratios were measured by the bacterial reduction method (Sigman et al., 2001) using a Thermo-Fisher Delta V advantage analyzer coupled with a PreCon system (more details in Jin et al., 2020). The method reproductivity was approximately 0.2‰ for δ15N–NO3– and 0.5‰ for δ18O–NO3–.



Statistical Analyses

To explore the effect of glucose supply on NO3– removal rate under different DO saturations, a series of one-way ANOVAs and Tukey Honestly Significant Difference (HSD) test were performed with the Minitab software (version 17.0) with the statistical significance as p < 0.05. Linear correlation between variables was also explored with Minitab.



RESULTS


Sediment Physico-Chemical Factors and Variability

During the two sampled periods, the mean grain size of the collected sediment, mostly composed by sand, was highly similar (204 μm mean grain size in spring to 199 μm mean grain size during autumn, Table 2). The grain skewness was 0.23 in spring and 0.31 in autumn and the kurtosis was ∼2.4 during both seasons. Sediment TOC concentration, determined before the use of the working solutions in the FTR experiments, was 92.5 μmol g–1 during spring, and decreased to 72.4 μmol g–1 in autumn (Supplementary Figure 2). TN content was 7.2 and 5.9 μmol g–1 during spring and autumn, respectively. No significant variations of TOC and TN were observed among treatments after the FTR incubations (Figures 2A,B). Compared with TN content, concentrations of exchangeable DIN species on sediment particles were much lower (Table 2). In addition, the FTR incubations slightly decreased the exchangeable NH4+ concentration in the control group as well as DO saturation and 70% saturation treatments during autumn, while the exchangeable NH4+ content increased in all the FTR groups containing NO3– amended circulating water during spring (groups B–D, Figure 2C). Compared with extracted NH4+, the exchangeable NO3– (E–NO3–) content was 3–4 times lower (Supplementary Figure 2). During spring, the offset in E–NO3– became smaller as DO increased, while a reverse trend was found in autumn (Figure 2D). As a minor contributor to the DIN pool, extracted NO2– concentrations were <1 nmol g–1 (Supplementary Figure 2).


TABLE 2. Sediment physico-chemical characteristics and microbial indices determined during spring and autumn.
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FIGURE 2. The offset of sediment total organic carbon (TOC) (A), TN (B), exchangeable NH4+ (E-NH4+, C) and exchangeable NO3– (E-NO3–, D) before and after a series of incubations during spring and autumn. Positive values indicate solute concentration increases after incubation and negative is concentration decreases.




Solute Adsorption and Heterogeneous Equilibrium in the Studied Sediments

During spring, the adsorbed glucose in the tested sediment was ∼0.03 μmol glucose g–1 after 0.5 h incubation regardless of the adsorption of other DOC solutes (Supplementary Figure 2). The adsorbed amount logarithmically increased when the incubation time prolonged, reaching 0.14 μmol glucose g–1 after 12 h. During autumn, the sediment still retained glucose from the reaction solution via adsorption, similarly to the pattern observed during spring. The NO3– content remained relatively constant after 4 h of incubation in spite of the weak NO3– adsorption capacity shown by the sediments (Supplementary Figure 2), indicating that adsorption was fast.



Dissolved Oxygen and DOM Variation

The DO content in the working solutions was set at three different levels. In the DO saturated group, the DO concentration at the input solution was approximately 230 μM (Supplementary Figure 3). After flowing through the sediments, DO concentrations decreased (Supplementary Figure 3). In the control group, the outflow stream DO content decreased approximately 30 μM DO, implying benthic respiration rates of 12.9 and 11.6 nmol g–1 h–1 during spring and autumn, respectively. Introducing NO3– did not significantly change the DO consumption rate (group B), while the DO consumption was negatively influenced by the decreasing DO concentration in the input solution (groups C and D). The amendment of the circulating solution with glucose significantly increased DO consumption rates (group E; p < 0.01) while a decay in benthic respiration rates at suboxic conditions (groups F and G) was observed for both seasons. Different from DO, the sediment acted as a net source of DOC in the control group, especially during spring (Figure 3B). The addition of NO3– enhanced the DOC production rate (group B), while decreasing DO in the input solution slightly reduced DOC production rates. In contrast, glucose addition to the circulating solution completely changed the sediment mediation of DOC fluxes into a strong DOC sink due to the rapid consumption of glucose. For CDOM (a355), sediments in all groups showed a production trend (Figure 3C), especially at the group B during both seasons (DO saturation, spiked with NO3–). After flowing through the sediment, S275–295, the index of DOM structure, increased in all groups, revealing increases of small-molecular DOM in the porewater via benthic reactions. The most active addition still occurred at group B during both seasons, while the slowest addition was found at the groups run under suboxic conditions (Figure 3D).
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FIGURE 3. Reaction rates for dissolved oxygen (DO) (A) and dissolved organic carbon (DOC) (B) during spring and autumn, as well as offsets for chromophoric dissolved organic matter (CDOM) characters (C for a355; D for S275–295) before and after FTR incubations during both seasons. Positive values indicate production/offset enhancement after incubation and negative is removal/offset decrease.




Dissolved Inorganic Nitrogen Species and NO3– Isotopes

Similarly, the sediment acted as a net source of NH4+ in the control group during both seasons (Figure 4A). The amendment of NO3– decreased the NH4+ production rate during spring, although the sediment still acted as a net NH4+ source (group B). The NH4+ production was stimulated by NO3– addition during autumn. In contrast, the decrease of DO concentration in the input solution significantly decreased the NH4+ production rate during both seasons (p = 0.01), especially after the concomitant amendment with glucose (group G). Compared with NH4+, NO2– concentrations in both input and output solutions were much lower, ranging from 0.31 to 0.47 μM (Supplementary Figure 4). Such low concentrations led to minor variations among groups (Figure 4B).
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FIGURE 4. Reaction rates of NH4+ (A) and NO2– (B) during spring and autumn. Positive rates indicate production after incubation and negative is removal. It also shows the correlation between NH4+ and NO3– reaction rates (C) and DO and NO3– reaction rates (D).


Different to the mediation of NO2– fluxes, the sediment acted as a net source of NO3– in the control group during both seasons (Figure 5A), leading to a decrease in both δ15N–NO3– (Figure 5B) and δ18O–NO3– (Supplementary Figure 5). The sediment became a net NO3– sink in response to amendment with NO3–, while the NH4+ production and DO consumption rates remained similar under oxic conditions (Figures 4C,D). Amongst the different treatments, the glucose addition did not significantly decrease the NO3– concentration in the output solutions under aerobic conditions (group B vs. E). Accordingly, the isotope offset of both δ15N–NO3– and δ18O–NO3– (difference between the input and output fractions) was statistically similar between these two groups. Even when the DO concentration in the input solution dropped to 70% saturation, the glucose stimulation of NO3– removal rates was still insignificant (group C vs. F) and the isotopic response was similar. In the sub-oxic groups (D and G), NO3– removal rates significantly increased compared to the oxic group (p = 0.01), leading to a linear relationship between NO3– reduction rates and δ15N–NO3– increase (Figure 5C). In terms of the offset between δ15N–NO3– and δ18O–NO3– (Figure 5D), a linear correlation was observed, suggesting that the dominant NO3– consumption pathway remained the same from B to G groups.


[image: image]

FIGURE 5. Reaction rates NO3– during both seasons (A) and offsets for δ15N–NO3– from a series of incubations (B). Positive values indicate production/offset enhancement after incubation and negative is removal/offset decrease. It also shows the correlation between NO3– reaction rates and δ15N–NO3– (C) as well as δ15N–NO3– and δ18O–NO3– offsets (D).




Benthic Prokaryotes

During spring, the operational taxonomic units (OTUs) in the sediment were 1,288, increasing to 2,454 during autumn (Table 2). Concurrently, the Shannon index and Equitability also increased during autumn. In both periods, the dominant phylum was Proteobacteria while important opportunistic groups varied between seasons. The key genera were Sphingobium, Marinobacter, and Thioprofundum during spring, while the relative abundance of Nitrosopumilus and Gp10 increased during autumn. For the potential metabolic functionality (Supplementary Figure 6), a wide range of functions were present with benthic carbon, nitrogen and sulfur metabolism, suggesting a significant requirement of electron donors. The nitrogen metabolism was also taken as a key function with a minor seasonal variation. For the microbiota involved in nitrogen transformations, nitrifiers, e.g., Nitrosopumilus, were observed in the seepage face. Denitrifying bacteria, characterized at the genus level, such as Marinobacter, Bacillus, Hyphomicrobium, or Lactobabillus, were also observed in the sediment (Table 2). The microorganisms involved in Anammox and DNRA were not identified at the genus level in the studied seepage face, indicating that NO3– removal was mainly conducted by denitrification.



DISCUSSION


Methodological Considerations of the Use of FTR

Flow through reactor simulations under pre-defined environmental conditions, have been identified as an effective tool to quantitively determine nitrogen transformations in permeable coastal sediments, and have been widely applied in many research sites, e.g., Ria Formosa Lagoon, Portugal (Ibánhez and Rocha, 2014, 2016); South Atlantic Bight (Rao et al., 2007) and the North Sea (Marchant et al., 2016). FTR can effectively mimic 1-D advective flow in permeable sediments, adequately simulating the essentially vertical nature of porewater transport in the seepage face during ebbing tide (Ibánhez et al., 2011). The use of FTR with permeable sediments requires a “checklist” prior to laboratory incubations. Apart from flow rate, light exposure and reasonable temperature, the preferential flow paths that might form inside the cells are one of the pivotal factors in FTR simulations, and may lead to uneven transport and dispersion of the target solutes within the reactor cells, questioning the reliability of the reaction rates obtained. In the present study, these environmental variables were constrained at laboratory conditions with limited fluctuations during incubation experiments to reduce the potential errors. To further identify the reliability of our simulation results, a comparison of the obtained reaction rates with in situ rates was undertaken. During in situ field surveys at the sampling site, the DOC production ranged from 12.5 to 68.9 nmol cm–3 h–1 during spring and 2.8–62.7 nmol cm–3 h–1 during autumn, calculated from solute distribution at the seepage face together with measured seepage rates and applying mass balance approaches (data from Jiang et al., 2020). The reaction rates obtained in the FTR experiments were similar to the lower boundary of these in situ data. Moreover, on a global scale, the DOC production rates obtained in the present study are in line with the results found in a subterranean estuary seepage face in the Ria Formosa Lagoon, Portugal (FTR experiments; Ibánhez and Rocha, 2014). The DO consumption rate in the control group was 12.9 nmol cm–3 h–1 during spring, which was in line with those determined by Rao et al. (2007) in the South Atlantic Bight using FTRs (3.8–16.6 nmol cm–3 h–1). The rapid DO consumption in permeable sediments after glucose amendment was also comparable to the results obtained by Rusch et al. (2006) with sediments from the Atlantic Bight (35–57% enhancement). NO3– removal rates obtained in the present study are similar to those calculated from field survey data in the same STE (13.6 nmol cm–3 h–1, unpublished data) and those measured with FTR in the Ria Formosa Lagoon (0.7–6.8 nmol cm–3 h–1; Jiang et al., 2018).



Bio-labile DOM Supply and Benthic NO3– Transformations

The effects of bio-labile DOM availability on benthic aerobic respiration and mineralization have been widely documented as a key factor for a wide range of heterotrophic transformations in many coastal permeable environments, such as in Skagerrak, North Sea (Hulthe et al., 1998), St. George Island, Gulf of Mexico (Chipman et al., 2010) or the Ria Formosa Lagoon, Portugal (Ibánhez and Rocha, 2016). In our FTR experiments, the addition of glucose enhanced aerobic respiration rates as expected. Nevertheless, despite DO being more energetically favorable as an electron acceptor than NO3– for sediment microbes, net NO3– reduction is observed after the addition of NO3– to the circulating porewater even at DO saturated conditions, revealing the temporal synchronism of both reactions.

In the present study, nitrogen transformations were identified as a crucial function of sediment microbial metabolism (Supplementary Figure 6). Substantial microbial groups were identified as potential nitrifiers and denitrifiers in our sampled site based on the 16S rDNA information. For potential nitrifiers, the dominant genus was Nitrosomonas (Table 2). During laboratory incubations, Nitrosomonas genus showed a significant reliance on the supply of organic carbon during their growth stages in culture solutions despite the autotrophic character of the nitrification process (Clark and Schmidt, 1967). Similarly, the potential key denitrifiers found in the studied seepage face, included Bacillus, Hyphomicrobium, Lactobacillus and several of these were identified as facultative denitrifiers with different metabolism functions at variable DO levels (Ji et al., 2015). They have previously shown strong dependence on organic carbon supply (Harder and Attwood, 1978; Condón et al., 1996; Surono et al., 2008), likely due to their aerobic reaction pathway catalyzed by cytochrome o oxidase (Ji et al., 2015). Often, nitrification and facultative denitrification are closely coupled in coastal sediments (Ouyang et al., 2021) while their reaction rates vary under different environmental settings (Calvo-Martin et al., 2021). Net NO3– production in our experiments (group A) reveals the dominance of nitrification, probably fed by organic matter ammonification with contributions from the adsorbed pool, while NO3– removal stimulated by addition likely results from both denitrification and NO3– assimilation under such aerobic environment (Jiang and Jiao, 2016), since Anammox-capable microorganisms were not identified here. Given that the biological assimilation of NH4+ is more energetically favorable than NO3– assimilation, the net NH4+ production in all the treatments employed in this study (Figures 4A,B) suggests a relatively weak NO3– assimilation rate and supports the contention that denitrification may be the dominant NO3– removal pathway in place.

However, in contrast to the reliance of denitrifiers on bio-labile DOM reported elsewhere, the addition of glucose under oxic conditions did not lead to a significantly positive response of NO3– reduction rates during both seasons (Figure 5A). Moreover, the potential denitrifier genera and their relative abundances varied among the two studied seasons, while the response of benthic NO3– reduction rates to exogenous DOM remained unchanged under fully oxic conditions. In addition, the isotopic fractionation of NO3– (15N–NO3–) during net NO3– reduction in both glucose-free and glucose-amended groups was similar in the two studied seasons, suggesting that the addition of glucose was in fact not altering NO3– reduction rates and pathways (Figure 5B). Considering the biological significance of bio-labile organic matter to heterotrophic microbes, the insignificant variation in NO3– reduction rates after glucose addition under DO saturated conditions suggests that the added glucose is not used by the denitrifying bacteria as the primary carbon source in these FTR experiments. Despite a significant consumption of glucose by aerobic reactions plus adsorption losses, the outflow porewater still contained substantial quantities of glucose, as evidenced by the measured high DOC concentrations (Figure 4B), indicating that the concentration of glucose was not a limiting factor for heterotrophic metabolism throughout the entire sediment column used in the FTR experiments.

In the test sediment, several strains of benthic microbes could be facultative denitrifiers. They may host the function of NO3– removal under aerobic conditions, while the processing of NO3– removal and glucose consumption might be clearly separated in their metabolism, suggesting that electrons from glucose may flow into the DO respiration in these denitrifiers (cytochrome o; Ji et al., 2015). Alternatively, the presence of active NO3– reduction under fully oxic conditions in permeable sediments suggests that porewater transport mechanisms and niches of active denitrifiers on sediment particles would be the key to understand this apparent contradiction. Particularly, in contrast with cohesive sediments, surface permeable coastal sediments are frequently enriched in DO due to the regular porewater flushing with surface seawater together with the periodic undersaturation of intertidal sediments, which permits invasion of the sediment by atmospheric oxygen (Ibánhez and Rocha, 2016). Several strains of Arthrobacter, Pseudomonas, or Rhodococcus, for instance, could actively perform denitrification in aerobic environments (Qiao et al., 2020), a process that has been observed in coastal sites (e.g., the Wadden Sea, Germany, Marchant et al., 2017) and wastewater treatment (Wang et al., 2020). The majority of facultative denitrifiers operate well under a wide range of DO concentrations, while an anaerobic environment favors the expression of Nir and Nor genes (Ji et al., 2015), suggesting that a fraction of denitrifiers might be closely attached onto the sediment particle surfaces, thus relying on the aerobic microbiota for DO consumption and the creation of anaerobic niches (outlined in Figure 6). Though a fraction of denitrifiers might be located outside of these anaerobic niches (niche circularity > 0.8, area < 3 mm2, Widerlund and Davison, 2007), due to the exposure to DO and the facultative metabolism of denitrifiers (Hayatsu et al., 2008; Wu et al., 2014), denitrification may not be conducted by these DO-exposed denitrifiers, similarly to the results found in oxygen minimum zones in the open ocean (Dalsgaard et al., 2014). The facultative denitrifiers involved in the NO3– isotope determinations, e.g., Pseudomonas aureofaciens, are usually characterized by variable metabolic functions at different DO concentrations (Sigman et al., 2001). Due to the “isolation” afforded by the “aerobic cover,” and sustained by the benthic oxidative metabolism (Figure 6), the glucose delivered from the porewater flowing through the sediment would have been consumed by aerobes, such as Sphingobium (Table 2, active carbon decomposer, Bashir et al., 2013), before reaching active NO3– reducers attached to the particle surface. Furthermore, given the difference in molecular weight, the diffusion rate of glucose is much slower than that of DO (regardless of difference in solute concentration gradient), indicating that only a fraction of the microbiota would be fueled by this extra bio-labile DOM source. Accordingly, denitrifying bacteria in permeable sediment micro-niches has to rely on the SOM as a carbon source for NO3– reduction (Hong et al., 2010), especially the bio-labile fractions loosely attached on the particle surface (e.g., extractable by KCl solutions, Jiang et al., 2020). This reliance on the SOM provides stability for benthic microbial function and therefore reduces the reaction shock following switching between carbon sources (Wang et al., 2011). In addition, the utilization of SOM during denitrification likely adds DOM content to the porewater. Amendments with NO3– increased DOC production rates and added small-molecular DOM into the porewater during both seasons at saturated DO conditions (Figures 3B–D). A similar DOC production pattern during net NO3– reduction under aerobic conditions was found by Jiang et al. (2018) in intertidal permeable sediments of the Ria Formosa Lagoon, Portugal. On the other hand, Ibánhez et al. (2021b) found that porewater nitrate enrichment accelerates SOM mineralization by overcoming N limitation of the local microbial metabolism, thus shortening SOM turnover times. This priming effect of nitrate over oxic SOM mineralization results in the production of both humic and labile DOM and could also explain the production of labile DOM in our experiments run under oxic conditions. Given the relatively high concentration of SOM compared to DOC (minor SOM concentration variation during the incubations, Figure 2), the effects of glucose at the micro-niche scale might require a longer incubation period (e.g., 10 days) to allow for the exhaustion of the labile fractions of SOM, as well as increasing abundance of functional genes (e.g., nirS and nosZ; Henderson et al., 2010), and thus are not observed under our experimental strategy (10 h of duration).


[image: image]

FIGURE 6. Sketch of the NO3– processing in the aerobic seepage face, it highlights the interaction between benthic carbon content [both sedimentary organic matter (SOM) and dissolved organic matter (DOM)] and NO3– processing with key microbes. The porewater exchange in the seepage face is mainly driven by the tidal pumping. The top right panel is a zoom-in of anaerobic niches in sandy sediments. The majority of denitrifiers in the sediment are facultative denitrifiers, respiring oxygen in the aerobic environment; Nevertheless, the denitrifiers in these niches might be capable for conducting denitrification process due to the anaerobic environment.


When the DO content at the inflow decreased to approximately 70% saturation, the DO concentration in the outflow concurrently dropped to ca. 60% saturation (Figure 3A). However, the NO3– removal rate remained statistically similar to that under DO saturation conditions (Figure 5A). Intriguingly, the consumption of glucose dropped significantly under 70% of DO saturation (DOC consumption rates; p < 0.01), indicating that the aerobic mineralization pathways were affected by the decrease in DO (Figure 3B). Under these circumstances, the potential amount of bio-labile DOM that could reach denitrifying bacteria via porewater advection should increase. Still, at 70% of DO saturation in the inflowing water, denitrification rates didn’t change compared to DO saturation conditions, adding support to the proposed niche structure and the reliance of NO3– reducers on SOM rather than bio-labile DOM circulating through the sediment. Delayed reaction of microbial communities to changing metabolite availability was previously discussed by Evard et al. (2012), and can be induced by the changing redox conditions commonly found in permeable sediments.

The significant effect of added bio-labile DOM over benthic NO3– consumption rates occurred when the DO concentration at the input solution fell to nearly 30% saturation (p = 0.01), while the dominant NO3– removal pathway was still deemed to be denitrification based on the linearity in the isotopic fractionation for the remaining NO3– (Figure 5D). The addition of glucose increased NO3– consumption rates compared to the unamended treatment (group D vs. G; approximately 0.32–0.71 nmol NO3– cm–3 h–1 enhancement during both seasons). In the present study, microbial composition was only determined at the initial stage. The more rapid biomass increase at the anaerobic environment during the incubation may lead to the active removal observed at group G. Presuming an insignificant increase for denitrifier biomass during the incubation, the enhancement of NO3– consumption rates at lowering DO levels suggest that under these conditions, glucose was reaching the denitrifying community due to the low adsorption potential of NO3– onto sediment particles. This delivery further benefited the NO3– removal due to the increase of the anaerobic sites on particle surface suitable for NO3– consumption at low DO levels. The key genera present at the studied seepage face, including Sphingobium, Gp10 (Table 2), are generally adapted to aerobic environments using organic matter as energy supply (Berlendis et al., 2010; Roy et al., 2013). When the DO concentration decreased to nearly 30% saturation, these facultative denitrifiers tend to select NO3– as electron acceptor due to the enrichment in porewater (Group D and G). Furthermore, once the DO constraint is removed (30% saturation here), reduced cytochrome from all facultative denitrifiers may resume their function and lead to the increase in NO3– reduction (Ji et al., 2015). Consequently, the glucose amendment is linked to the increases in NO3– removal rates in this treatment. Interestingly, in the treatments without glucose addition, the 30% DO saturation at the input solution also triggered a significant enhancement of the denitrification rates. Compared with the aerobic group (100% DO saturation), the increase in NO3– removal rates reached approximately 1.3 nmol cm–3 h–1 (group A vs. D in spring). In addition, the significant linear correlation between δ15N–NO3– and δ18O–NO3– suggests that the dominant process of NO3– removal among different groups remained the same as in the other groups (Figure 5D). Such marked increase observed in these treatments suggests that DO levels in the porewater are a strong modulator of denitrification rates because of the shift of terminal electron acceptor in benthic reactions from O2 (oxic) to NO3– (suboxic) during organic matter degradation by microbes (Chen et al., 2017). Generally, denitrification in the open ocean requires DO levels < 2 mg L–1, approximately 28% saturation in the seawater (Codispoti and Christensen, 1985). Correspondingly, the DO input concentration in the sub-oxic treatment could fit this standard and all sediment denitrifying bacteria might be active under these conditions, including the microbiota located outside of the niches (Figure 6).



Benthic N and C Interactions and Coastal Management

Coastal permeable sediments in seepage faces are assumed to be active reactors capable of removing terrestrial NO3– before it is discharged into coastal waters (Calvo-Martin et al., 2021). Accordingly, denitrification, i.e., the main pathway for a permanent NO3– removal (Burgin and Hamilton, 2007), in the exit sites of continental NO3– into the sea plays a key role in the coastal NO3– inventory. Coastal zones are also an important node for carbon cycling, especially in the production of pelagic organic matter via a wide range of primary producers (Jiang et al., 2020). In the present study, those aerobic metabolic functions (Figure 6), likely including reactions of aerobic mineralization and subsequent ammonification and nitrification, were benefited from the addition of bio-labile DOM. In contrast, the significant addition of glucose (nearly 300 μM) did not boost denitrification rates even if the DO concentration in the inputs decreased to approximately 70% saturation. This interaction between the NO3– production and DOC supply reveals that the retention of NO3– in coastal systems might be higher than previously thought, since the SOM dependent NO3– removal capability tends to be stable during the high loading of bio-labile DOM. Within many coastal ecosystems, a large amount of terrestrial NO3–, derived from overuse of chemical fertilizer or leakage from sewage pipes, reaches the coastal seawater via the benthic system (Tamborski et al., 2020). Compared with seawater concentration, submarine groundwater discharge-derived NO3– concentration was several orders of magnitude higher at our site (e.g., more than 10 times higher in Sanggou Bay, China, Wang et al., 2014). The influx of land-derived NO3– frequently triggers the algae blooms at the coast, e.g., Ria Formosa Lagoon, Portugal (Rocha et al., 2016), Jeju Island, Korea (Kang et al., 2019) as well as at our study site (Sanggou Bay, China, Yu et al., 2018). Coupled with cell decay and remineralization of debris, a significant fraction of bio-labile DOM is released into the coastal water and accumulates in subterranean estuaries (Mahmood et al., 2017). This way, STEs in coastal belts may act as catalysts for NO3– removal and eliminate the ecological stress caused by excessive NO3–, as can be seen from the simulation in group B among two seasons (Figure 5A). However, the accumulation of bio-labile DOM could not rapidly lead to the enhancement of denitrification rates in the seepage face in oxic conditions, at least in Sanggou Bay during spring and autumn. DO concentrations in STEs could drop to the saturation level from 20 to 30%, e.g., Ker Chalon beach, France (Mouret et al., 2020), the DO concentration in STE outflow locations, or coastal permeable beaches frequently remains at high-level (Boufadel et al., 2010), e.g., 57–93% in the STE outflow site in Ria Formosa lagoon (Ibánhez and Rocha, 2016) and 87–107% saturation in the Aquitanian coast, France (Charbonnier et al., 2013). Such aerobic environments indicate that denitrification would still not be stimulated on the short term unless conditions reach a specific DO concentration threshold. More importantly, the benthic reduction of NO3– may further produce bio-labile DOM via SOM decomposition (non-glucose amendment groups in Figure 3B) and drain into coastal seawater (Ibánhez et al., 2021b), potentially increasing the coastal DOM inventory. Consequently, this freshly produced bio-labile DOM could yet yield increases in NO3– availability via aerobic nitrification and be made available in the coastal water as a “second-hand” NO3–, and stimulating dinoflagellate blooms in the absence of equivalent silicate inflows (Rocha et al., 2002). In Sangou Bay, diatoms and dinoflagellates are often the dominant phytoplankton species (Yuan et al., 2014). Compared to diatoms, dinoflagellates are unfavored food source for consumers, especially for filter-feeders. Notably, frequency of dinoflagellate blooms has increased (Yuan et al., 2014) while aquaculture yields in Sanggou Bay and adjacent areas declined in recent years (local government data1), indicating the necessity for considering the feedback loop between NO3– and bio-labile DOM in future nutrient management.



CONCLUSION

The present study focused on the interactions between bio-labile DOM supply, DO concentration and NO3– removal in STE outflow areas using FTR experiments. Permeable sediments clearly revealed high NO3– reduction potential, mainly via denitrification, when the input NO3– concentration increased from approximately 10–80 μM. The decrease of DO concentration from 100% saturation to 70% saturation did not trigger a significant increase of the denitrification rate regardless of season, revealing that facultative denitrifiers in the sediment might rely on anaerobic microniches maintained by aerobic reactions. Denitrification rates significantly increased when the DO concentrations decreased to ∼30% saturation, suggesting that NO3– reducing potential supported by all facultative denitrifiers present in the sediment came into play then. In such a sub-oxic environment, the addition of glucose also triggered a significant increase in denitrification rate, revealing that a fraction of bio-labile DOM was involved in the denitrification process. However, STE outflow areas are usually characterized by high DO concentration in porewaters. Accordingly, the bio-labile DOM in STEs may not enhance NO3– removal, but stimulate aerobic reactions, such as aerobic mineralization and decomposition instead, leading to an increase in NO3– availability via nitrification. Accordingly, the land-derived NO3– may take part on a self-sustaining vicious cycle supporting the reaction chain “NO3––algae-bio-labile DOM −NO3–” at the water-sediment interface along coastlines hosting STEs. This overlooked biogeochemical chain in coastal systems requires further attention from coastal managers and stakeholders.
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Subterranean estuaries (STEs), where continental groundwaters and saltwaters meet, are zones of intense biogeochemical reactivity. As such, STEs significantly modify groundwater-borne nutrient fluxes to the coastal zone. Thus, evaluating their reactive role is crucial to anticipate impacts of submarine groundwater discharge (SGD) over coastal ecosystems. Here, we studied the nitrogen biogeochemistry of two STEs with contrasting wave-exposure and redox conditions in Panxón and Ladeira beaches (Ría de Vigo, NW Iberian Peninsula). Seasonal surveys were performed at the permanently saturated zone of both beaches during low tide in February, May, July, and October 2019. Sediment was sampled and porewater samples collected using push-pull piezometers. Salinity, 222Rn and 226Ra activities were used to trace water circulation inside each beach. Porewater nitrate, ammonium, nitrite and dissolved oxygen were used to evaluate the role of these STEs as reactive sinks or sources of inorganic nitrogen. Our results showed a marked seasonal variability of water circulation inside both beaches, with strong salinity gradients in February and May and weakened circulation in July and October. The presence of a gravel layer in Panxón beach completely altered the typical structure of STEs by increasing porewater transport and mixing through the beach interior. As a result, Panxón beach profiles were highly enriched in nitrate and oxygen. Conversely, suboxic, and anoxic conditions were prevalent in Ladeira beach during the study period, with ammonium being the prevailing inorganic nitrogen form. High nitrate concentrations occurred associated to the tidal circulation cell during February and May, being the only effective mechanism of sediment oxygenation in Ladeira beach. Although nitrate reduction and production were observed in both STEs, comparison with averaged conservative mixing porewater profiles showed that Ladeira beach acted as a net nitrogen sink whereas Panxón beach acted as a net nitrogen source. The presence of a gravel layer oxygenates the interior of Panxón beach, thus limiting nitrate reduction and promoting the amplification of groundwater-borne nitrogen fluxes to the coast.

Keywords: subterranean estuary, groundwater discharge, radon, dissolved oxygen, nitrogen cycling, Ría de Vigo


INTRODUCTION

Submarine groundwater discharge (SGD) is defined as any and all water flow on continental margins from the seabed to the coastal ocean, including both the discharge of meteoric groundwater from coastal aquifers (fresh SGD) and the recirculation of seawater through the sea floor (Burnett et al., 2003). The importance of fresh groundwater discharge lies in its usual enrichment in nutrients, trace metals, nitrous oxide, methane, or CO2 as compared with surface waters (e.g., Leote et al., 2008; Liu et al., 2014; Rodellas et al., 2014; Yang et al., 2015). This general enrichment of biogeochemically active solutes is originated in the degradation of organic matter infiltrated into the aquifer, the percolation of nutrients or the contact with metal-containing aquifer substrates (Slomp and Van Cappellen, 2004; Knee and Paytan, 2012) during the prolonged residence times of groundwaters compared with surface waters. Furthermore, the indiscriminate use of fertilizers in intensive agriculture from the beginning of the twentieth century have provoked an enrichment of nitrogen in aquifers verified worldwide (Valiela et al., 1990; Vitousek et al., 1997; Rivett et al., 2008). This anthropogenic groundwater-borne nitrogen can reach the ocean via different transport processes, including SGD (Beusen et al., 2013), where it has been linked with coastal eutrophication processes (Capone and Slater, 1990; Valiela et al., 1990; Hwang et al., 2005) or harmful algal blooms (Hu et al., 2006; Lee et al., 2010).

Solute flux estimations associated to SGD need to take into account the high biogeochemical reactivity commonly found at the exit sites that can significantly modify the composition of the circulating waters prior to discharge (Slomp and Van Cappellen, 2004; Spiteri et al., 2008; Santos et al., 2008, 2009a,b; Rocha et al., 2009; Ibánhez et al., 2011, 2013; Ibánhez and Rocha, 2014, 2016, 2017; Jiang et al., 2018, 2020). This zone is called subterranean estuary (STE), by analogy with surface estuaries (Moore, 1999; Burnett et al., 2003).

In most tidally driven STEs, three water bodies mix as a result of the interaction between coastal and terrestrial forcings (Robinson et al., 2006; Santos et al., 2012). The infiltration of seawater at the upper intertidal and its exfiltration generally at the low tide mark driven by tidal and wave forcing develops a high salinity zone called tidal circulation cell or upper saline plume (Robinson et al., 2006, 2007b). Secondary cells could also develop backshore due to berm overtopping and the inundation of backshore depressions (Heiss and Michael, 2014). The intrusion of seawater into the seafloor forms a second high salinity zone seaward called salt-wedge, driven by density differences between fresh groundwater from the coastal aquifer and saltwater (Robinson et al., 2006, 2018). Between these two saline zones, the fresh SGD from the coastal aquifer forms a freshwater discharge “tube” (FDT; Robinson et al., 2006). Mixing, flux, and the location of the FDT exit point depend on the hydraulic gradient of the coastal aquifer but also on tidal pumping, wave set-up, density and sediment permeability (Burnett et al., 2003; Santos et al., 2012; Heiss and Michael, 2014; Robinson et al., 2018). The expansion of the tidal circulation cell can make the FDT shallower or non-existent as it causes vigorous saltwater-freshwater mixing due to unstable density distributions inside the beach leading to convective circulation (Robinson et al., 2007a). Spatial sediment heterogeneity within the intertidal zone can alter porewater circulation, creating zones of preferential flux, and complex local-scale mixing rates (Geng et al., 2020a, b).

Biogeochemical reactivity within STEs has been linked to different porewater circulation patterns in numerous studies (Spiteri et al., 2008; Santos et al., 2009a; Ibánhez et al., 2013; Heiss and Michael, 2014; Ibánhez and Rocha, 2016, 2017; Couturier et al., 2017). During high tide, seawater infiltration resupplies the sediment with fresh organic matter, and dissolved oxygen (Ibánhez and Rocha, 2016). Particulate organic matter is retained in the shallower depths, whereas dissolved organic matter penetrates the beach interior driven by the recirculation of seawater though the sediment (Rusch et al., 2000; Santos et al., 2009a; Huettel et al., 2014). The degradation of organic matter can lead to the attenuation of terrestrial groundwater-borne N through nitrate reduction processes within the STE, such as denitrification (Kroeger and Charette, 2008; Thamdrup, 2012). Autotrophic processes, such as anaerobic ammonium oxidation (ANAMMOX), are also important sinks of N and they have been reported in STEs (Kroeger and Charette, 2008; Sáenz et al., 2012; Thamdrup, 2012). In anoxic conditions, the dissimilatory nitrate reduction to ammonium process competes with denitrification for both electron donors and acceptors, although the reduction of nitrate to ammonium seems to be favored at strong reducing conditions (Thamdrup and Dalsgaard, 2008). On the contrary, in oxic STEs, limited N consumption together with the production of ammonium from organic matter mineralization can enhance N loads to surface water bodies (Ibánhez et al., 2013; Ibánhez and Rocha, 2017). The mixing between seawater and meteoric groundwater, together with enhanced transport caused by the permeable nature of STEs, creates a strong biogeochemical zonation that enables the co-occurrence of all these processes in close proximity. However, the modulation role of STEs over land-derived N fluxes to the coast and its controlling factors are still highly uncertain.

For the first time in the Ría de Vigo (NW Iberian Peninsula), two contrasting STEs were examined (Figure 1). The evaluation of the mechanisms that control the final SGD N loads to the receiving waters is particularly important in this embayment, as its valuable natural resources depend on the good environmental status of these coastal waters. Both STEs are placed next to each other and yet, they present differential redox conditions. Environmental factors underlying these differences are explored and related to the cycling of the redox-sensitive inorganic N compounds within these STEs. The final objective of this study is to evaluate the factors determining the capacity of STEs to mitigate or amplify groundwater-borne N loads to the receiving waters.
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FIGURE 1. Study area. Sampling sites are identified by red dots. The location of the wells and boreholes used in this study are represented with green triangles, while the location of the Miñor river sampling site is shown with a yellow triangle. These data are obtained from Ibánhez et al. (2019). Orthophoto (taken in 2018) and the mapping of local fluvial courses were obtained from the Instituto Geográfico Nacional (www.ign.es). BH denotes borehole.




MATERIALS AND METHODS


Study Site

The Ría de Vigo (NW Iberian margin; Figure 1) is a large coastal inlet at the northern limit of the Eastern Boundary Upwelling Ecosystem of the Iberian-Canary current (Arístegui et al., 2009). Its morphology resembles a funnel oriented SE-NW and protected at its mouth by the Cíes Islands. Depending on the dominance of oceanic or riverine inputs, the Ría can be divided in two zones: an inner estuarine zone, formed by San Simón Bay and Baiona Bay, and an external oceanic zone, which covers the rest of the Ría. Intermittent upwelling of Eastern North Atlantic Central Water during March–April to September–October fertilizes the Ría (Álvarez-Salgado et al., 2003), sustaining intensive mussel aquaculture, shellfish harvesting, and small-scale fisheries in the region (Fernández et al., 2016). The coastal inlets in this area supports 15% of the world’s mussel production (around 250,000 tons), billing 112 million € in 2015 and supporting more than 8,000 full-time employees (Labarta and Fernández-Reiriz, 2019).

Using radioisotope tracers, Ibánhez et al. (2019) recently identified and quantified SGD in the Ría de Vigo. San Simón and Baiona Bays (Figure 1) were among the most affected zones by this diffusive source of continental water. This study was placed in two wave-dominated beaches located in Baiona Bay: Ladeira and Panxón (Figure 1). Baiona Bay is exposed to westerly and southwesterly winds, allowing the most energetic waves to enter the bay during winter storms. During the summer, the waves are less energetic due to the protection of the bay from northerly winds, making oceanic swell the most important energy source most of the year (Alejo et al., 1999). Tides are semidiurnal, with a range of 3–3.5 m during spring tides and 1.5–2 m during neap tides (Martín Míguez, 2002).

Ladeira beach is located in the inner part of Baiona Bay, protecting the A Ramallosa beach-barrier-lagoon complex. Its sedimentary composition is dominated by siliciclastic sands with carbonate content below 5%, mean grain size of 0.245 mm (Queralt et al., 2002) and little variation in grain size along the beach profile (González-Villanueva et al., 2007). It is influenced by fluvial sediments transported by the Miñor, A Groba and Belesar rivers. These rivers converge at the northern edge of the littoral arrow that connects the A Ramallosa complex and Baiona Bay (Figure 1). Backshore and foreshore zones appear well-defined in this beach, with vegetated dunes and beach cusps degraded by human action. Seaweed is accumulated in the intertidal zone during autumn and spring and prevents wave energy dissipation, creating an erosive vortex that develops steeps up to 70 cm high. This type of morphology could be preserved during winter, but it appears covered by sediment the rest of the year (Alejo and Vilas, 1987).

Panxón beach is located in the outer part of Baiona Bay, bounded by Punta do Castro to the North and by the Muiños River to the South (Figure 1). This beach is more exposed to wave action compared to Ladeira beach. The backshore ridge of dunes has been altered by human action, and the construction of a pier created a shadow zone in terms of sediment accumulation. Sediment is composed by unimodal fine sands with a medium-high selection, coarser and with poorer selection in more exposed zones of the beach (Álvarez-Vázquez et al., 2003). Mean grain size in Panxón is 0.236 mm with high content in carbonates (60–65%; Queralt et al., 2002).

Both beaches are surrounded by the Monteferro-O Rosal geological complex, which is a metasedimentary formation dominated by shales with intrusions of igneous rocks such as granite, pegmatite, pegmaplite and quartz. This complex is bounded by granitic igneous rocks from the Hercynian age with alkaline affinity to both the East and the West. These crystalline rocks are traditionally considered to have low permeability (Gustafson and Krásný, 1994), but the high fracturing present in the zone alongside with the high weathering of the surface layer (regolith) give them the capacity to store groundwater. Nevertheless, Holocene alluvial and colluvial sedimentary deposits appear associated to the studied beaches and the Monteferro-O Rosal geological complex (Pliego Dones et al., 1978), which further increases groundwater storing capacity in the region. These two beaches were selected attending to their close proximity and yet contrasting characteristics such as wave exposure, organic matter content, oxygenation status, and sediment composition.



Sampling Strategy

Seasonal surveys in Panxón and Ladeira beaches took place on the 20th and 22nd of February, 6th and 8th of May, 2nd and 4th of July and 29th and 30th of October 2019, respectively. These dates were selected to coincide with spring tides and thus, minimize biogeochemical differences caused by changes in the tidal regime. Three sampling stations were selected in the upper, middle and lower limits of the permanently saturated sediments of the intertidal zone (Figure 2). At each station, push-pull piezometers (M.H.E. Products, United States; 4 cm of screen-length) were buried at 178, 116, 86, 56, 29, and 10 cm depth within the sediment (the 10 cm depth piezometer was not installed in February). The presence of a gravel layer in Panxón (Álvarez-Vázquez et al., 2003) at a variable depth between 90 and 150 m complicated the installation of the deepest piezometers (116 and 178 cm). As a consequence, the installation depth of the longest piezometer was variable there. Beach profiles in February were measured with a GPS and referenced to the Alicante (SE Spain) datum. The remaining beach profiles from May to October were taken with a scaled rod as the slope from a reference point set at the backshore.
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FIGURE 2. Individual and average beach profiles of Panxón (upper panel) and Ladeira (lower panel). Panxón average beach slope was 3.00% (February: 2.90%, May: 2.44%, July: 3.31%, and October: 3.38%). Ladeira average beach slope was 6.86% (February: 6.71%, May: 7.10%, July: 6.54%, and October: 7.08%). Beach slopes were calculated with the data from the intertidal zone. Black dots represent the averaged location of the three sampling stations. The dark gray area represents the permanently saturated zone. HT, approximate position of high tide; LT, approximate position of low tide.


During the four surveys performed at each beach, water sample collection began after the installation of the piezometers during low tide. Porewater samples were collected with air-tight syringes after discarding three times the internal volume of the piezometers. Water samples collected from each piezometer were used to determine salinity, dissolved oxygen (O2), radon (222Rn), radium (226Ra), and dissolved inorganic nitrogen (DIN; NO3–, NO2–, and NH4+). Temperature was measured onsite with a thermometer with an accuracy of ± 0.1°C.

Additional sediment samples were taken from the permanently saturated zone of the beach with a PVC minicorer (10 cm long, 2.5 cm of diameter) from the lower and upper sampling stations in May, July and October. In February, sediment samples were taken from the middle station. At each point, two minicorers were collected, sliced onsite into three different depths (0–3, 3–6, and 6–9 cm in February and 0–2, 2–6, and 6–10 cm in the rest of the surveys) and equivalent depths were mixed to reduce spatial variability. The homogenized sediment samples were immediately transferred to the lab and stored at −20°C until further processing. Sediment samples were used to determine water content, organic matter and total nitrogen and organic carbon content.



Analytical Methods

Sample volume collection was limited as much as possible to avoid potential spatial interference between piezometers. Thus, analytical techniques were adapted to low volume water samples. A Guildline Portasal salinometer was used to measure salinity. Nitrate and nitrite were measured following standard colorimetric methods (Grasshoff et al., 1999) on an Alliance Futura segmented flow autoanalyzer. In the case of ammonium the fluorimetric method of Kérouel and Aminot (1997) was used. Dissolved oxygen was measured following the spectrophotometric Winkler method (Labasque et al., 2004) adapted for low sample volumes (25 mL).

Radon activities were measured within 2 days after collection using a Rad7 Radon detector with a RadH2O accessory (Durridge Company, Inc.). The collected samples (70 mL) were transferred into 250 mL flasks and diluted with 222Rn-free water. Readings were corrected for the internal 222Rn decay from the time of collection to analysis. To obtain 226Ra activities, purged samples were stored until 222Rn and 226Ra reached secular equilibrium (∼30 days, i.e., more than 5 times the 222Rn half-life) and measured again. The equipment was purged with an activated carbon 222Rn trap to minimize background activities. The detection limit of our procedure determined from the regular analysis of blanks (n = 36) made with 222Rn-free water (250 mL) was 36 Bq m–3. Thus, the detection limit of 222Rn and 226Ra in our diluted samples is estimated at 128 Bq m–3. Porewater 222Rn equilibrium activities were measured with sediment incubations (∼200 g dry weight; n = 9 for each beach) run with 222Rn-free water (Colbert and Hammond, 2008). After 30–40 days of incubation, 222Rn activities were determined following the same procedure as for field water samples. Results are expressed as the average and the standard error of the 9 equilibrium activities determined. Porosity was approximated to the water content in the sediment as follows:
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where Vpw is the volume of porewater and Vsand the volume of sand. Sediment subsamples were dried at 60°C until constant weight was reached. Vpw was then calculated using the salinities determined in the shallower depths of each beach. Local dry sediment density was determined (2.599 ± 0.001 kg/L in Panxón and 2.640 ± 0.038 kg/L in Ladeira) and used to calculate Vsand. The percentage of organic matter present in the sediment was determined by loss-on-ignition (Ball, 1964). To obtain total N and organic C content, sediment samples were powdered using a laboratory ball mill with natural agate tank during 10–15 min at medium intensity. Then, samples were exposed to HCl flumes during 6 h to remove inorganic C. Afterward, samples were analyzed in a CHN elemental analyzer Perkin Elmer 2400 A.



Statistical Analyses

Statistical analyses presented in this study were carried out in R 4.0.0 with the Rstudio 1.2.5019 editor. Normality of the measured variables was tested with the Shapiro-Wilk test. Spearman correlation analysis was performed using the PerformanceAnalytics 2.0.4 package for R, distinguishing between beaches and among surveys. The Kruskal-Wallis test was applied to verify whether the differences between groups were statistically significant. Principal Component Analysis (PCA) was performed with the “princomp” function from the stats 4.0.0 package and represented using the ggbiplot 0.55 package in R. Variables were scaled before performing the PCA.



Meteorological and Oceanographic Data

Meteorological and oceanographic conditions in the study area were evaluated for a period of 30 days prior to each survey (winter with data from the 20th January to the 22nd February, spring with the data from the 6th April to the 8th May, summer from the 2nd June to the 4th July and autumn from the 30th September to the 30th October; Supplementary Table 1). Daily water balance (Supplementary Table 1) was obtained from the repository of Meteogalicia1 using the data from the meteorological platform of Baiona (autumn; 42°6.93′N 8°50.23′W) and Oia (remaining seasons; 41°59.67′N 8°51.97′W). Water balance integrated for the month prior to each survey was calculated as the sum of daily water balances for that period. Water balance is used as a qualitative indicator of groundwater table fluctuations due to the fast aquifer recharge-discharge rates and fast response to environmental conditions verified in the local crystalline aquifers (Raposo et al., 2012). Minimum and maximum wave heights during the studied periods (Supplementary Table 1) were obtained from the SIMAR Point (3014003; 42°7.8′N 8°55.2′W) available from Puertos del Estado2. Average and standard deviation of sea surface salinity and dissolved oxygen data (Supplementary Table 1) were calculated with the data from the INTECMAR repository3, from the buoy located at the port of Baiona (42°7.26′N 8°50.77′W).




RESULTS


Sampling Site Characterization

Autumn showed the most positive water balance, followed by spring and winter. On the contrary, summer was characterized by low precipitation and a resulting negative water balance (Supplementary Table 1). Storm events were recorded in the days prior to the February and May surveys, whereas in July and October calm conditions dominated. Although being the rainiest period, autumn showed the highest averaged salinity within Baiona Bay, followed by summer and winter (Supplementary Table 1). Dissolved oxygen levels in surface waters of the bay remained close to saturation throughout the studied period (Supplementary Table 1).

The beach profile of Panxón is typical of a dissipative beach, with a leveled morphology caused by high-energy conditions (Figure 2). The maximum slope was reached in October (3.38%) and the minimum slope in May (2.44%). Conversely, the beach profiles of Ladeira presented characteristics of a reflective beach, with a well-developed supra-tidal and a marked berm throughout the year (Figure 2). This is in accordance with its lower exposure to the dominant waves compared to Panxón beach. The maximum beach slope was reached during May (7.10%) and the minimum in July (6.54%). Following the beach berm, a 50 cm high slope appeared during October and probably caused by storm waves developed in the days prior to this survey (Supplementary Table 1). The abnormal storm frequency occurring in summer 2019 caused a switch in the optimum season for the maximum sediment accumulation at both beaches, which occurred in autumn rather than during the summer.

Panxón and Ladeira beaches presented similar porosity (average: 0.47 ± 0.02 in Panxón and 0.46 ± 0.06 in Ladeira; Kruskal-Wallis test p-value > 0.05) but significantly different sedimentary organic matter content (average: 1.33 ± 0.10% dry weight in Panxón and 0.93 ± 0.40% dry weight in Ladeira; Kruskal-Wallis test p-value < 0.01) and C:N molar ratio (average: 3.23 ± 0.81 in Panxón and 10.71 ± 3.48 in Ladeira; Kruskal-Wallis test p-value < 0.01). Organic matter content decreased with depth in both beaches (Figure 3), with the exception of the lower station in May and October at Panxón and in February at Ladeira. Organic matter content decline with depth was higher in Ladeira than in Panxón, especially in July (from 1.78 to 0.76% in the lower station and from 1.34 to 0.63% in the upper station; Figure 3). C:N molar ratio showed higher average and range in Ladeira (from 7.0 to 21.2; Figure 3) than in Panxón (which had a range of 2.1–4.8; Figure 3).
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FIGURE 3. Vertical sediment profiles of organic matter (% dry weight), C:N molar ratio and porosity (ϕ) of each beach and survey at the middle station in February and at the lower and higher sampling stations in the remaining surveys. The vertical error bars represent the length of the sliced sediment samples.


Seasonal differences in the measured sediment properties were only observed in the organic matter content at Panxón beach (Kruskal-Wallis test p-value < 0.05). The lack of organic matter peaks with depth in the collected 10 cm length sediment corers suggests that these differences may be related to seasonal changes in the supply of pelagic organic matter from surface waters rather than seasonal sediment transport along the beach profile.

Porosity and organic matter content appeared significantly correlated in both Panxón (p < 0.05, r = 0.46, n = 21) and Ladeira (p < 0.001, r = 0.76, n = 21). Moreover, Ladeira showed high correlations between porosity and both organic C content (p < 0.001, r = 0.72, n = 21) and total N content (p < 0.001, r = 0.72, n = 20); and between organic matter and both organic C content and total N content (p < 0.001, r = 0.95, n = 21, and r = 0.95, n = 20, respectively). In Ladeira, total N content and total organic C content also appeared significantly correlated (p < 0.001, r = 0.92, n = 20) although the C:N molar ratio did not show any relationship with the other variables. On the contrary, in Panxón, organic matter content was significantly correlated with total N content (p < 0.05, r = 0.47, n = 21).



Tracing Water Circulation: Salinity, 222Rn and 226Ra Profiles

Porewater salinity was lower than that of Baiona Bay (Figure 4 and Supplementary Table 1) revealing the existence of a freshwater influx to the beach interior. Moreover, high porewater salinity gradients were observed, even in the same month and beach. The high porewater salinity values found in October (30.7 ± 0.7–31.4 ± 1.8) in Panxón did not occur in Ladeira, and the maximum average salinity in Ladeira reported at the lower station of May (32.1 ± 1.1) did not appear reflected in the parallel survey performed in Panxón. This suggests that seasonal salinity changes are specific of each beach, probably due to differences in circulation patterns and freshwater supply.
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FIGURE 4. Vertical distribution of porewater salinity, 222Rn and 226Ra activities (Bq m– 3) during each sampled month, beach and station. Uncertainties for the x-axis are also represented for 222Rn and 226Ra activities.


Porewater 222Rn equilibrium activities determined with sediment incubations were 3698 ± 251 Bq m–3 from Panxón sediments and 1610 ± 329 Bq m–3 from Ladeira sediments. Porewater 222Rn activities were, in most cases, greater than these 222Rn equilibrium activities, suggesting external inputs of 222Rn to the beach porewaters. Exceptions are found in some sampled porewaters near the sediment surface (Figure 4). Average activities of dissolved 226Ra were one order of magnitude lower than the average activities of 222Rn and seasonal and spatial differences were also found.

Vertical gradients of salinity and radioisotopes were observed throughout the four sampling periods (Figure 4). Decreases in salinity with depth were recorded in most porewater profiles (e.g., between 29 and 56 cm depth at the middle station of February in Panxón), followed in some of them by new increases (e.g., between 86 and 116 cm depth in the same porewater profile). Temperature variations along the profiles were too small (1–2°C) to cause an increase in density that would support the stability of the salinity profile. Consequently, unstable density profiles were maintained by the flow of the freshwater and seawater bodies that interact in the STE. Only in a few porewater profiles (at the upper station in May, and at the lower and middle station in July, in Panxón) salinity was mostly vertically homogeneous.

In most porewater profiles 222Rn activities were the lowest at shallow depths. Conversely, 222Rn peaks of up to 11234 ± 353 Bq m–3 in Panxón and 13551 ± 732 Bq m–3 in Ladeira (both at the lower station during October) were registered in depth (Figure 4). Besides, increases in 222Rn activity were followed by decreases in salinity at various depths (e.g., at the lower station in October at Panxón). This inverse relationship between salinity and 222Rn activity was significant in May (p < 0.05, r = −0.50, n = 17) and October (p < 0.01, r = −0.62, n = 18) in Panxón and in May (p < 0.01, r = −0.68, n = 18) in Ladeira beach. Peaks of 226Ra activity (> 600 Bq m–3) appeared in some porewater profiles (e.g., at the lower station in July, in Ladeira; Figure 4). 226Ra activities were correlated with salinity in July (p < 0.05, r = 0.54, n = 18) in Panxón, and in May (p < 0.05, r = 0.54, n = 18) and July (p < 0.001, r = −0.82, n = 18) in Ladeira.



Tracing Nitrogen Cycling: Nitrate, Nitrite, Ammonium, and Dissolved Oxygen Porewater Profiles

Panxón beach was more oxygenated, with higher profile-averaged concentrations of dissolved oxygen (from 19.8 ± 22.9 μM to 214.2 ± 21.1 μM) than Ladeira (from 0.0 ± 0.0 μM to 22.9 ± 15.2 μM), where suboxic (≤4.5μM) and anoxic conditions dominated (Figure 5). These differences in oxygenation were strongly linked to the differences found in inorganic nitrogen speciation in porewaters. Nitrate concentrations were between one and two orders of magnitude higher in Panxón compared to Ladeira. On the contrary, ammonium concentrations were higher in Ladeira (Figure 5).
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FIGURE 5. Vertical porewater profiles of nitrate (NO3–), nitrite (NO2–), ammonium (NH4+) and dissolved oxygen concentrations (in μM) organized by sampling station, month and beach.


The largest variations in porewater dissolved oxygen concentrations occurred between stations sampled in the same month and beach (Figure 5). Upper stations presented, in most cases, higher levels than middle and lower stations. Moreover, the oxygenation in Panxón beach occurred in depth (up to 240 μM), and lowest oxygen levels were found close to the sediment surface (∼10μM; Figure 5). In Ladeira, increases in dissolved oxygen concentrations appeared both at shallow and at intermediate depths, as shown in the upper porewater profiles of February and May (Figure 5).

Nitrate concentration peaks appeared linked to increases in oxygen levels in most porewater profiles. However, nitrate was also present at low concentrations in some of the shallower depths during July and October in Panxón. Dissolved oxygen was significantly correlated with nitrate in February (p < 0.05, r = 0.69, n = 14), May (p < 0.01; r = 0.66, n = 17) and July (p < 0.01; r = 0.66, n = 18) in Panxón beach and in May (p < 0.05, r = 0.59, n = 18) and July (p < 0.05, r = −0.52, n = 18) in Ladeira beach. On the contrary, ammonium generally appeared at shallow depths negatively correlated with oxygen in Ladeira (p < 0.01, r = −0.51, n = 69) and with nitrate in both Panxón (p < 0.001, r = −0.42, n = 67) and Ladeira (p < 0.001, r = −0.24, n = 69). During February and May high ammonium concentrations (>30 μM) were present throughout the entire vertical porewater profile at the lower station in Ladeira. Nitrite was associated to shallow depths similarly to ammonium, particularly in Panxón beach (Figure 5).



Relationships Between Circulation Tracers and Nutrient Profiles

Spearman correlation analysis showed significant relationships between nutrient and internal porewater circulation tracers. In Panxón beach, nitrate and 222Rn (p < 0.001; r = 0.47, n = 67) as well as oxygen and salinity (p < 0.05, r = −0.25, n = 67) were significantly correlated. Furthermore, in October, the month with the most positive water balance (Supplementary Table 1), oxygen and 222Rn (p < 0.05, r = 0.57, n = 18), as well as salinity and nitrate (p < 0.01, r = −0.67, n = 18) showed strong correlations. This adds to the correlations found between 222Rn and salinity there and suggests a relationship between nitrate enriched, oxygenated porewater and 222Rn-enriched, low salinity porewater. By contrast, in Ladeira ammonium was significantly correlated with salinity (p < 0.05; r = 0.24, n = 69) and showed negative correlation with 222Rn (p < 0.001; r = −0.53, n = 69). Thus, ammonium seems to be related to infiltrated seawater rather than fresh groundwater in Ladeira beach.

A principal component analysis (PCA) of the measured variables in Panxón and Ladeira is presented combined (Figure 6A) and individually for each beach (Figures 6B,C). Components 1 (C1) and 2 (C2) account for 31.2 and 17.1% of the total variance in the PCA performed with the data from both beaches. There, component C1 is related to the redox conditions, as it is dominated by ammonium (0.51), nitrate (−0.50) and dissolved oxygen (−0.48); whereas Component C2 is more related to transport processes, as it was dominated by 222Rn (−0.52) and salinity (0.47), in addition to dissolved oxygen (0.48) and nitrate (0.46; Figure 6A). The data from each beach appeared clustered and well separated from each other in this PCA, giving a different sign of the slope of a linear regression of PCA components 1 and 2 (Figure 6A). A more detailed analysis is provided by the individual PCAs.
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FIGURE 6. (A) Principal Component Analysis (PCA) performed with the data from both beaches, identified with different colors. Components 1 and 2 were linearly correlated in both beaches: Ladeira: y = −1.12 + 0.751x, R2 = 0.68; Panxón: y = 0.288−0.288x, R2 = 0.093. (B) PCA performed with the data from Panxón beach. (C) PCA performed with the data from Ladeira beach. Radon and Radium refer to 222Rn and 226Ra activities.


In the PCA performed with the data obtained in Panxón (Figure 6B), Components C1 and C2 account for 28.4 and 21.0% of the total variance. Component C1 is dominated by nitrate (−0.59) and oxygen (−0.49), while Component C2 is dominated by salinity (−0.54), 226Ra (−0.45) and ammonium (−0.42). In Ladeira (Figure 6C), PCA components C1 and C2 account for 30.3 and 27.1% of the total variance. C1 is dominated by oxygen (−0.59) and nitrate (−0.56) and C2 is dominated by 222Rn (−0.59), salinity (0.52) and ammonium (0.47). Both PCAs confirmed the relationships observed through Spearman correlation analysis.




DISCUSSION


The Source of 222Rn-Rich Porewater

Highly fractured granites and shales dominate the geology of the NW Iberian Peninsula (Llerena et al., 2013) and are part of the Monteferro-O Rosal geological complex (Pliego Dones et al., 1978) that surrounds Baiona Bay. These geological substrates are naturally enriched in isotopes from the 228U decay chain (Tollefsen et al., 2016), such as 226Ra and 222Rn. Therefore, groundwaters contained within these rocks are commonly enriched in these radioisotopes, particularly 222Rn since 226Ra shows very low solubility at low salinities (Gonneea et al., 2008).

Porewater 222Rn equilibrium activities estimated from sediment incubations together with the measured dissolved 226Ra activities (∼130–1,600 Bq m–3) are not sufficient to explain the observed 222Rn enrichment in the sampled porewaters. Furthermore, the negative correlation between 222Rn and salinity found in some of the surveys and the opposite PCA scores between 222Rn and salinity in Ladeira (Figure 6C) point toward a freshwater origin for this 222Rn enrichment. Ibánhez et al. (2019) measured radon activities at various freshwater bodies near Baiona Bay (Table 1). There, 222Rn activities found in the Miñor River (Figure 1; 2.7 ± 0.1×103 Bq m–3 in winter/spring and 2.5 ± 0.1×103 Bq m–3 in summer) are one order of magnitude below the maximum 222Rn activities observed in Ladeira. On the other hand, 222Rn activities found in boreholes and wells near the study area (Camos borehole and well, Ramallosa borehole and Panxón well; Figure 1) were very high (between 32 ± 2 ×103 Bq m–3 and 802 ± 28 ×103 Bq m–3; Table 1). Thus, considering that rainfall has low 222Rn content, the high radon levels found in beach porewaters can only be sourced from groundwater from the coastal aquifers.


TABLE 1. Temperature, 222Rn and 226Ra activities, dissolved oxygen, dissolved inorganic nitrogen (DIN = NH4+ + NO2– + NO3–) and NO3– in the Miñor river, wells and boreholes surrounding the sampling beaches during winter/spring and summer/autumn.
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Assuming that 222Rn is in secular equilibrium within the coastal aquifer and that no net 222Rn loss occurred during the transit to the studied beaches except from 222Rn decay, the difference between the radon activities found in the proximate groundwaters (Rnaquifer; Table 1) and those found in the beach porewaters could provide a first estimate of the transit time of groundwater from the terminus of the coastal aquifer to the beach surface. 222Rn activities in excess (Rnexcess) are defined as the difference between measured porewater 222Rn activities and those supported by porewater 222Rn equilibrium activities plus porewater dissolved 226Ra activities. We further assume that measured porewater 222Rn equilibrium activities in shallow sediments (0–10 cm) are representative of all sampling depths (0–180 cm), since sediment composition is very homogeneous in the studied beaches, with the exception of the gravel layer of Panxón beach (Álvarez-Vázquez et al., 2003; Perez-Arlucea et al., 2005; González-Villanueva et al., 2007). The 222Rn activities in excess recorded during February and July were used to calculate groundwater transit times (t) as follows:
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where λ is the decay constant of 222Rn (0.18 d–1) and Rnextrapolated is the 222Rn activities in excess observed at each beach and extrapolated to 0 salinity. This extrapolation was performed using the percentage of fresh-groundwater (%fresh) and Rnexcess in the sample:
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The percentage of fresh-groundwater (%fresh) was obtained using as saltwater endmember the sample with the maximum salinity measured at each beach and survey. Only samples with a percentage of fresh-groundwater above the median of each beach and survey were used to guarantee a Rnexcess signal sufficiently high, thus limiting our extrapolations (Supplementary Table 2).

Transit times between 3.5 ± 2.6 and 22.8 ± 1.6 days were obtained in Panxón beach and between 1.6 ± 1.6 and 21.4 ± 4.4 days in Ladeira beach, depending on which groundwater endmember is used (Supplementary Table 2). These values are in the range of other transit times found elsewhere (Michael et al., 2005; Bokuniewicz et al., 2008). Transit times were higher in summer than winter, probably because higher aquifer residence times result from lower rainfall and higher evaporation, which might have resulted in lower groundwater table during the summer (Supplementary Tables 1, 2). The shortest apparent transit times were calculated when assuming that the coastal aquifer supports Rn levels as those measured in the wells from Camos and Panxón (between 3.4 ± 1.6 and 8.9 ± 4.4 days when using the Camos well, and between 1.6 ± 1.6 and 6.0 ± 1.6 days when using the Panxón well; Supplementary Table 2). Radon activities measured in boreholes and wells spans one order of magnitude (Table 1) and this strongly affects the calculated transit times.

Transit time calculations performed here assume a steady-state, advection-dominated and homogeneous flow system (Michael et al., 2011). The hydrological Peclet number (Pe) was calculated for each of the transit times to evaluate the assumption of an advection-dominated system (Supplementary Table 4):
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where L is the characteristic pore length, approximated to the averaged grain size of each beach, Dmolec is the diffusion coefficient of 222Rn in water and v the groundwater velocity. A Dmolec of 1.102×10−5 cm2/s obtained in seawater at 17°C (Dueñas et al., 1985), i.e., the averaged measured temperatures observed in both STEs, was used. Groundwater velocities (Supplementary Table 4) were obtained using the calculated transit times (Supplementary Table 2) and the shortest path between each sampling site and the nearest U-enriched body rock (300 m for Panxón beach and 580 m for Ladeira beach; Pliego Dones et al., 1978). In all cases, Pe numbers were higher than 1 (Supplementary Table 4), confirming that advection dominates over diffusion regardless of the groundwater endmember used.

A sensitivity analysis was performed to determine the relative importance of Rnaquifer and Rnextrapolated in the calculated transit times as follows (Ibánhez et al., 2011):
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where x is the transit time and y the variable tested (Rnaquifer or Rnextrapolated) and Δx and Δy the respective ranges of variation. A 10% of variation was imposed to each variable tested (Δy). Results showed that transit times are very sensitive (S > > 1) only at low Rnextrapolated (i.e., at low unsupported 222Rn enrichment in the beach porewaters) and Rnaquifer values (< 50 × 103 Bq m−3; i.e., those measured in wells surrounding the study sites). Conceptually, the local aquifers can be approximated to a two-layer aquifer: a surface layer contained within the regolith and the highly fractured surface basement rock where wells are screened, and a deeper layer contained within the fractured basement rock where boreholes are screened (Raposo et al., 2012). Aquifer specific storage and water transmissivities in the study region are orders of magnitude higher in the surface aquifer layer compared to the fractured rock underneath (Raposo et al., 2012 and references therein). These characteristics determine contrasting matrix porosity and groundwater residence times that may explain the differences in 222Rn activities observed between both aquifer layers. Furthermore, these contrasting hydrological characteristics of both aquifer layers suggest the surface layer as the most probable source of continental groundwater to the studied STEs. Nevertheless, further analysis is needed to accurately identify the groundwater endmembers and transit times of both STEs.



Porewater Circulation in the Ladeira and Panxón STEs

The vertical distribution of Rnexcess can be used to identify the location of the radon-enriched FDT in the measured porewater profiles (Figure 7). For this, homogeneous porewater 222Rn equilibrium activities with depth are assumed. The use of Rnexcess to identify the FDT is also limited by internal mixing, that could promote high salinity porewaters associated to high 222Rn activities.
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FIGURE 7. Measured porewater 222Rn activities (black) and equilibrium 222Rn activities (those produced by the sediment in equilibrium + 226Ra activities; gray) per month and beach. When measured 222Rn activities are over the equilibrium activities it is considered an indication of continental groundwater intrusion (dark gray), and when equilibrium activities are higher than those measured, it is considered an indication of recent seawater intrusion (light gray).


Radon activity “excess” is observed in most of the porewater profiles of Ladeira and Panxón beaches (Figure 7). A peak in Rnexcess was observed between 86 and 116 cm in the upper station of July and in the three stations of October in Panxón (Figure 7). There, the gravel layer detected between 90 and 150 cm likely represents a zone of preferential porewater transport. This modifies the typical porewater circulation structure of STEs, contracting the salt-wedge to shallower depths and increasing mixing, especially in October (Figure 8). Secondary peaks of Rnexcess (Figure 7) could be related to density instabilities (Simmons et al., 2001; Robinson et al., 2006) or to zones with higher permeability with respect to adjacent areas (Geng et al., 2020a, b).
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FIGURE 8. (A) Schematic representation of porewater circulation in Panxón beach, using porewater 222Rn and salinity profiles measured in October. (B) Schematic representation of porewater circulation in Ladeira beach, using porewater 222Rn and salinity profiles from May. HT, High Tide; LT, Low Tide; USP, Upper Saline Plume; FDT, Fresh groundwater Discharge Tube.


The tidal circulation cell and the salt-wedge can be detected in the measured porewater profiles associated to high salinities (>30; Figures 4, 8), but also to 222Rn activities lower than porewater 222Rn equilibrium (Figure 8). This is an indication of porewaters with low residence time, i.e., recently exchanged with surface waters. Porewaters with high salinity and radon activities below equilibrium were found in the upper part of the sampled beaches, identified as the tidal circulation cell, and below the FDT, identified as the salt-wedge (Figures 4, 8).

The seasonal variation of the continental hydraulic gradient and the occurrence of wave events are related with the position of the FDT exit point and the size of the tidal circulation cell in STEs (Robinson et al., 2007b, 2014, 2018; Heiss and Michael, 2014; Xin et al., 2015). High inland water table could cause the narrowing of the tidal circulation cell and the displacement of the FDT exit site landwards (Heiss and Michael, 2014). This seems to be the case during February and May in both beaches (Figures 4, 7), which agrees with the positive water balance observed during these months (Supplementary Table 1). Increased wave forcing has been related to strengthen flows in the tidal circulation cell (Robinson et al., 2014; Xin et al., 2015). Apparently, wave events prior to the surveys of February and May (Supplementary Table 1) might have influenced the STE (Figures 4, 8), where high salinity and 222Rn activity gradients showed a well-developed tidal circulation cell (Figures 4, 8). Furthermore, the tidal circulation cell penetrated deeper in the upper station of Panxón than in the upper station of Ladeira (Figure 4). This suggests that Panxón beach is more sensitive to wave forcing than Ladeira beach, which agrees with its higher wave-exposure. The lower salinities of the FDT in February compared to May might be related to a higher inland hydraulic gradient during February.

July showed vigorous mixing in both beaches, probably caused by a low inland hydraulic gradient and calm wave conditions (Figure 4). However, in Panxón, the reduced salinities of the FDT in July suggest a higher fresh groundwater flux, which contrasts with the negative water balance found during the summer (Supplementary Table 1) and suggests a time lag between aquifer recharge and discharge. October, which showed the highest water balance of the studied period (Supplementary Figure 1), showed a radon-enriched and high salinity FDT in Panxón beach and lower salinity FDT in Ladeira beach (Figures 4, 8). Increased residence times and seawater intrusion into the aquifer due to reduced inland hydraulic gradient during the summer might explain the high salinities and 222Rn activities found in October at Panxón beach. Adsorbed 226Ra at low salinities can be mobilized due to ionic exchange as salinity increases (e.g., during seawater intrusion at low aquifer pressure periods; Dulaiova et al., 2008; Gonneea et al., 2008). With the recovery of the continental groundwater table during autumn, this mobilized 226Ra will then exit the STE as observed during the October survey in Panxón beach. This seems to further support that the high salinity, 222Rn-enriched waters observed during October in Panxón are originated from seawater previously intruded into the aquifer during the summer.



Oxygen and Organic Matter Transfer and Reactivity in the Panxón and Ladeira STEs

In STEs, the tidal circulation cell is, together with the inflow of oxygenated terrestrial groundwater, the main driver of oxygenation of the beach interior (Robinson et al., 2007a; Ibánhez and Rocha, 2016). This is well illustrated by the measured dissolved oxygen porewater profiles at Ladeira beach in February and May. High porewater oxygen concentrations (>20 μM) coincided with radon activities near equilibrium (Figures 5, 7) and with the high salinity zones at the upper station (Figure 4), where the tidal circulation cell was active. Conditions became hypoxic in July and October, probably due to the weakening of the tidal circulation cell and/or higher benthic oxygen consumption rates.

The opposite situation occurred in Panxón beach. Very high dissolved oxygen concentrations (> 100 μM) were found in the interior of the beach at the middle and lower stations, showing that beach oxygenation was not only caused by tidal and wave forcing. The inverse correlation between oxygen and salinity and the proximity of oxygen to 222Rn in the PCA (Figure 6B) suggest that continental groundwater was, in part, the source of the observed high dissolved oxygen concentrations (Figure 5). Moreover, the highest inverse correlation between oxygen and salinity was observed in October (p < 0.05, r = 0.57, n = 18), when the local water balance was the highest of the studied period (Supplementary Table 1). This is consistent with the high oxygen levels observed in the nearby continental aquifers (Table 1). The salt-wedge, typically assumed anoxic (e.g., Robinson et al., 2007a), presented high oxygen concentrations in Panxón (Figure 5). The enhanced water transfer through the gravel layer seems to be the main cause. In Ladeira, low oxygen concentrations appeared at the bottom depths in most profiles (Figure 5), suggesting that the FDT was not completely anoxic. Oxygen (and nitrate) consumption in these groundwaters during their transit to the sampled zone of the STE may explain these observations, as none of the surrounding wells had low oxygen concentrations (Table 1). Additionally, a certain contribution of the nearby surface freshwater courses to the brackish waters found in the beach interior cannot be discarded, although these would not explain the observed porewater unsupported 222Rn enrichment.

Organic matter to fuel heterotrophic processes in beaches can be sourced by either seawater infiltration (Ibánhez and Rocha, 2016) or fresh groundwater, in particular from contaminated aquifers (Yang et al., 2015). In this study, most of the sediment profiles of particulate organic matter decreased with depth (Figure 3). Thus, recirculated seawater may be the main source of particulate organic matter into the beach. The rapid infiltration of seawater during high tide and the accumulation of particulate organic matter in the shallower depths caused a higher consumption of oxygen near the surface than at the interior of the beach, where the only available form of organic matter is dissolved organic carbon (Rusch et al., 2000; Huettel et al., 2014; Ibánhez and Rocha, 2016). In consequence, the consumption of oxygen was reduced in the interior of the beach. This explains the preservation of the oxygen supplied by groundwater in the interior of Panxón and its decrease near the surface (Figure 5). The organic C: total N elemental ratio was lower than the Redfield ratio (106 C: 16N) in all the profiles of Panxón and higher than it for all the profiles taken in Ladeira (Figure 3). In Panxón, this suggests the presence of a large pool of adsorbed N, enhanced by the large content in carbonates of this beach (Rosenfeld, 1979).



Chemical Reactivity of the STEs

Conservative mixing profiles of nitrate, DIN and dissolved oxygen were calculated using salinity and 222Rn as mixing tracers (Supplementary Figure 1) to support the analysis of the reactivity of Panxón and Ladeira beaches. For each porewater profile, the samples with the maximum and minimum values of the tracers (salinity or 222Rn activity; Figure 4) and their associated nitrate, DIN and dissolved oxygen concentrations (Figure 5) were used to construct mixing lines. The slope (meq) and the Y-intercept (neq) of these mixing lines were used to calculate the expected values of nitrate, DIN and dissolved oxygen (Cmix) for each porewater profile from the distribution of each conservative tracer by using the following equation:
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where Ctracer is the measured salinity or 222Rn activity. The relative change between measured and conservative mixing nitrate, DIN and dissolved oxygen profiles (Table 2 and Supplementary Table 3) was calculated from the vertically integrated areas of each porewater profile (Supplementary Figure 2), using the following equation:
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TABLE 2. Apparent percentage of change (%) between the integrated concentrations of dissolved inorganic nitrogen (DIN = NH4+ + NO2– + NO3–) and the integrated concentrations of the conservative mixing DIN profiles using 222Rn activities and salinity as conservative tracers.
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where [Cmeasured]int is the vertically integrated nitrate, DIN or dissolved oxygen concentration for each measured profile and [Cmix]int is the vertically integrated nitrate, DIN or dissolved oxygen concentration for each conservative mixing profile. These integrals were calculated using the trapezoid approximation.

Large differences were observed whether we used 222Rn or salinity as mixing tracer (Table 2), mainly related to mixing processes (Spiteri et al., 2008; Robinson et al., 2018). Moreover, the relative changes of dissolved oxygen (Supplementary Table 3) were parallel to the relative changes of DIN (Table 2). This could hinder the analysis since these positive values might be partly related to lateral transport, because oxygen cannot be produced in the beach interior. In the following subsections, conservative mixing profiles (Supplementary Figure 1), together with circulation tracer profiles (Figure 4) and porewater nutrient profiles (Figure 5) are examined individually to shed some light on the processes acting in the STEs of Panxón and Ladeira beaches.


Tidal Circulation Cell-Induced Nitrate Profiles in Ladeira Beach

Peak nitrate and dissolved oxygen concentrations appeared at the upper stations of February and May in Ladeira beach, with concentrations above the conservative mixing profiles (Supplementary Figure 1). There, the tidal circulation cell was actively pumping oxygen and organic matter into the sand (Figures 5, 8). However, neither PCA nor correlation analysis associated nitrate and salinity in Ladeira. Furthermore, DIN concentrations in the surface waters of the Ría de Vigo or in A Ramallosa Lagoon (Nogueira et al., 1997; Viana and Bode, 2013; Alonso-Pérez and Castro, 2014) are too low to explain the observed peak nitrate concentrations within the tidal circulation cell. Its origin seems to be the ammonification of the organic matter introduced into the sediment and fueled by the parallel transport of oxygen, followed by nitrification of the ammonium produced (Ibánhez and Rocha, 2017). Incomplete nitrification would thus explain the accumulation of nitrite observed near the surface in the upper profile taken in May (Figure 5). The absence of nitrate in depth further suggests that the significant nitrate levels measured in continental groundwaters in the studied area (Table 1) might be consumed before arriving to Ladeira beach.



Nitrate Reduction and Groundwater Supply in Panxón Beach

The terrestrial fresh groundwater transported through the gravel layer was the main source of nitrate to Panxón beach. This is supported by the high correlation between 222Rn activity and nitrate concentrations and the confluence of nitrate peaks in zones of enhanced transport (Figures 5, 7). Solute transfer was maintained even during the reduced continental groundwater flux of July, observable as an increase of nitrate and oxygen above conservative mixing porewater profiles (Supplementary Figure 1B). Scarce availability of fresh (labile) organic matter in the beach interior (Hartog et al., 2004; Slomp and Van Cappellen, 2004) would limit heterotrophic processes and may explain the presence of brackish waters with high oxygen and nitrate content in depth in Panxón. However, at shallower depths, the progressive availability or particulate organic matter trapped in the sediment matrix caused a decrease of oxygen and nitrate over conservative mixing profiles (Supplementary Figure 1B). Peaks of nitrite accompanied nitrate consumption (Figure 5), which seems to show active nitrate reduction in place (Ibánhez and Rocha, 2017). In the porewater profiles from July to October, organic matter seems to be depleted before nitrate was used as electron acceptor, which resulted in high nitrate concentrations under suboxic conditions (Figure 5). Furthermore, the ammonium released by organic matter remineralization was accumulated in the anoxic, shallower layers of some of the vertical porewater profiles (Figure 5).



Ammonium Distribution in the Suboxic Sediments of Ladeira Beach

Several processes (terrestrial fresh groundwater and anoxic seawater transport, dissimilatory nitrate reduction to ammonium, desorption from sediments, organic matter decomposition…) can support ammonium content in anoxic STEs (Slomp and Van Cappellen, 2004; Santos et al., 2008). In Ladeira beach, the slight increase in oxygen with depth and the accumulation of ammonium in the shallower depths (Figure 5) suggest that ammonium is primarily originated from the remineralization of particulate organic matter trapped near the surface (Huettel et al., 2014; Ibánhez and Rocha, 2016), rather than carried by the FDT or infiltrating seawater. The vertical distribution of ammonium in the porewater seems to be also linked to porewater circulation. The increased mixing observed in July could have been the cause of the nearly homogenous vertical distribution of ammonium in the porewater (Figure 5 and Supplementary Figure 1C). Increased residence times and anoxic conditions could be linked to DIN consumption in the middle station of May, as conservative mixing profiles above measured DIN profiles suggest (Supplementary Figure 1C). In the lower sampling station during February and May, high ammonium concentrations (>30 μM) were observed throughout the entire porewater profile (Figure 5). The accumulation of seaweed in the low intertidal, observed during these surveys, has been pointed to fuel benthic heterotrophic processes (Santos et al., 2008), leading to the leaching of ammonium into the interior of the beach.



Porewater Circulation and Biogeochemical Reactivity of STEs

The suitability of calculating conservative mixing profiles for the study of the chemical reactivity in STEs has been previously discussed (Spiteri et al., 2008; Rocha et al., 2009). This approach assumes vertical, steady state porewater transport (Rocha et al., 2009). As a result, lateral transport cannot be differentiated from chemical reactivity when following this approach and thus, it is not recommended if the previous assumptions are not fulfilled (Spiteri et al., 2008). In this study, the two endmembers used to define the conservative mixing porewater profiles are local, i.e., the maximum and minimum values of 222Rn and salinity at each porewater profile (Figures 4, 5). Besides, to reduce the possible misinterpretation of deviations of nitrate and DIN concentrations from the calculated mixing lines, conservative mixing profiles of dissolved oxygen were also calculated to identify lateral transport, as oxygen cannot be produced in the interior of the beach. The results discussed in the previous sections showed that oxygen, DIN and nitrate conservative mixing profiles agreed well with the circulation processes defined in section “Porewater Circulation in the Ladeira and Panxón STEs.” Although the apparent reaction magnitudes shown in Table 2 should be taken with caution due to the aforementioned limitations, the approach followed permitted to unveil the sharp biogeochemical zonation of the studied STEs.

This study establishes a necessary link between internal beach hydrodynamics and the biogeochemical processes that regulate the export of nutrients from STEs to the coast. Porewater circulation is the main driver of the strong redox differences found between the studied STEs, thus strongly determining the reactivity of redox-sensitive N compounds (Slomp and Van Cappellen, 2004; Spiteri et al., 2008; Ibánhez et al., 2013; Ibánhez and Rocha, 2016, 2017). Our results highlight the role of the tidal circulation cell over the biogeochemical reactivity of STEs and the seasonality of N speciation observed. Nevertheless, our results further suggest that the different redox conditions found in the FDT are still the main factor to determine N transformations within the STEs. Sediment heterogeneity has been suggested to be particularly important in the establishment of these redox conditions in the FDT (Geng et al., 2020a, b), as it was the main cause of the biogeochemical differences between the two STEs studied here.





CONCLUSION

The biogeochemical reactivity of two contrasting STEs has been studied for the first time in the Ría de Vigo. The three water bodies that typically shape tidally driven STEs were identified in both beaches using salinity, 222Rn and 226Ra as circulation tracers. Large gradients of nitrate, oxygen, and ammonium were observed at both STEs, partially related to porewater circulation. The tidal circulation cell acted as a pump of oxygen and organic matter into the interior of the beaches, inducing the aerobic respiration of organic matter and the nitrification of the ammonium produced. Thus, the tidal circulation cell regulates the transport of regenerated nutrients to the coast. Terrestrial fresh groundwater transported nutrients from the coastal aquifer into the interior of the beaches. Its role in nitrogen processing in Panxón and Ladeira STEs depended principally on the dissolved oxygen levels present at the FDT, which also depended on the different porewater circulation patterns observed in those beaches. Suboxic conditions in the terrestrial fresh groundwater of Ladeira beach caused the dominance of nitrogen reduction processes and the accumulation of ammonium. On the contrary, oxic conditions prevented the consumption of nitrate in the interior of Panxón beach. The layer of increased permeability in depth, besides of having completely altered the circulation structure of the STE, seems to play an important role in enhancing the transport of land-derived nitrate to the coast by limiting nitrate reduction along the flow path but also by fueling nitrification in the beach interior. The degradation of the particulate organic matter trapped near the surface during surface water infiltration (i.e., high tide) caused the consumption of oxygen and groundwater-borne nitrate and the accumulation of ammonium in the shallower depths. As a consequence, our results suggest that the preferential transfer of solutes through the gravel layer together with the oxidation of organic matter within the tidal circulation cell causes Panxón beach to be a net source of N to the coast. In opposition, the suboxic conditions of Ladeira might make this beach a net sink of N.
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The subterranean estuary (STE) has been historically defined in terms of the mixing of saline and fresh water, in an analogy to surface estuaries. However, redox gradients are also a defining characteristic of the STE and influence its role as a source or sink for metals in the environment. Approaching the STE from a redox-focused biogeochemical perspective (e.g., considering the role of microbial respiration and availability of organic matter) provides the ability to quantify drivers of metal transport across spatial and temporal scales. This study measured the groundwater composition of a shallow STE over 2 years and used multiple linear regression to characterize the influence of salinity and redox chemistry on the behavior of redox-sensitive metals (RSMs) including Mo, U, V, and Cr. Molybdenum and uranium were both supplied to the STE by surface water, but differed in their removal mechanisms and seasonal behavior. Molybdenum showed non-conservative removal by reaction with sulfide in all seasons. Sulfide concentrations at this site were consistently higher than required for quantitative reaction with Mo (10 µM sulfide), evidently leading to quantitative removal at the same depth regardless of season. In contrast, U appeared to depend directly on microbial activity for removal, and showed more extensive removal at shallower depths in summer. Both V and Cr were elevated in meteoric groundwater (2.5–297 nM and 2.6–236 nM, respectively), with higher endmember concentrations in summer. Both V and Cr also showed non-conservative addition within the STE relative to conservative mixing among the observed endmembers. The mobility of V and Cr in the STE, and therefore their supply to the coastal ocean, was controlled by the availability of dissolved organic matter and Fe, suggesting V and Cr were potentially complexed in the colloidal fraction. Complexation by different organic matter pools led to seasonal variations in V but greater interannual variability of Cr. These results reveal distinct behaviors of RSMs in response to seasonal biogeochemical processes that drive microbial activity, organic matter composition, and complexation by inorganic species.
Keywords: subterranean estuary, submarine groundwater discharge, coastal groundwater, redox-sensitive metals, oxyanion-forming elements
1 INTRODUCTION
Submarine groundwater discharge (SGD), advection of water across the seafloor into the coastal ocean, is an important source of nutrients and trace metals to the sea (Spinelli and Fisher 2002; Burnett et al., 2003; Slomp and Van Cappellen 2004; Beck et al., 2009). The chemical composition of SGD is affected by reactions that occur within the subterranean estuary (STE), the mixing zone of fresh and saline water within permeable sediments (Moore 1999; Charette and Sholkovitz 2006; Santos et al., 2009). Recent work has shown that the circulation of water through sandy beaches drives substantial biogeochemical redox reactions (Snyder et al., 2004; Anschutz et al., 2009): the intrusion of oxygenated surface water into the beach face and mixing with outflowing anoxic meteoric groundwater creates a redox interface. Redox reactions within the shallow STE affect the cycling of reduced metabolites (such as Fe(II) and sulfide) as well as redox-active trace metals (Santos et al., 2011; McAllister et al., 2015; O'Connor et al., 2015).
Redox-sensitive metals (RSMs) are characterized by different environmental behavior depending on their redox state. The trace metals Mo, U, V, and Cr form soluble oxyanions under oxidizing conditions, but their reduced species are particle reactive (Bruland and Lohan 2006). Due to their redox-active behavior, these RSMs are widely used as marine paleoproxies to examine oceanic oxygen levels, productivity, and circulation over geologic time scales (e.g., Nameroff et al., 2004; Rimmer et al., 2004; Tribovillard et al., 2006; Algeo et al., 2012). The use of elements like Mo and U as paleoindicators is influenced by material budgets controlling their oceanic concentrations and isotopic composition (Klinkhammer and Palmer 1991; Siebert et al., 2003; Archer and Vance 2008).
The STE may play an important role in controlling RSM budgets in coastal and global oceans; however, the reactions that control RSM concentrations in SGD remain poorly studied. Redox gradients control the porewater concentrations of these elements in both fine-grained sediments (Brumsack and Gieskes 1983; Morford and Emerson 1999; Morford et al., 2005; Scholz et al., 2011), and, although less well studied, in permeable sediments. Uranium removal in the STE has been observed in many locations globally (Duncan and Shaw 2003; Windom and Niencheski 2003; Charette and Sholkovitz 2006; Santos et al., 2011; Riedel et al., 2011). Both non-conservative removal (Windom and Niencheski 2003; Riedel et al., 2011) and addition (Beck et al., 2010) of Mo have been observed in different locations. Although data on V in the STE are limited, both removal and enrichment (Beck et al., 2010; Riedel et al., 2011; Reckhardt et al., 2017) have been observed. Chromium is also poorly studied in the STE, but one study showed non-conservative addition in the mixing zone (O'Connor et al., 2015). In this work, we seek to answer the questions “What biogeochemical processes control RSM distribution in the shallow STE” and “How do these processes change on seasonal and inter-annual time scales”.
Mo, U, V, and Cr have been shown to exhibit distinct behaviors in coastal ocean porewaters (Brumsack and Gieskes 1983; Morford et al., 2005; Scholz et al., 2011) as well as within shallow STEs (O'Connor et al., 2015). These elements differ in the redox potential (Eh) at which they are oxidized/reduced and in their responses to geochemical variables such as sorption to reactive metal oxides, complexation with organic matter or sulfide, and the activity of certain microbial species (Rai et al., 1989; Wanty and Goldhaber 1992; Barnes and Cochran 1993; Lovley et al., 1993; Helz et al., 1996). Therefore, seasonal variation in environmental conditions within the STE suggests that RSMs are likely to exhibit seasonally variable behavior within this zone as well. Redox-sensitivity may lead to environmental modulation of the SGD-driven RSM source to the ocean and may therefore represent an unexplored mechanism of variation over time.
2 METHODS
2.1 Study Site
The study site is located on the York River Estuary (YRE) in Gloucester Point, Virginia, United States (37.248884 °N–76.505324 °E) (Supplementary Figure S1A). The YRE is a microtidal (0.7–0.85 m tidal range), relatively uncontaminated tributary of the Chesapeake Bay (Moore and Reay 2009). Salinities of YRE surface water overlying the sediments at this study site typically range from 14 in the winter to 25 in the summer (Luek and Beck 2014). The Gloucester Point beach is a narrow (20–30 m wide) sandy beach with a gradual slope (0.2). It is bordered to the east by an upland marsh. Granite breakwaters line the beach ∼40 m from the dune line to prevent erosion and stabilize the beach morphology (Supplementary Figure S1B). Sediment porosity at the study site ranges from 0.26 to 0.41 (O’Connor et al., 2018).
Previous work at the study site used a Ra budget to estimate seasonally variable SGD volume fluxes to the York River between 93 and 178 L m−2 d−1 (Luek and Beck 2014), comparable to other SGD fluxes estimated using Ra (Cable et al., 1996; Burnett et al., 2008). Groundwater hydraulic head at the study site is inversely correlated with tidal height (Beck et al., 2016), and seasonal fluctuations in groundwater and sea level control saline water intrusion and groundwater discharge (Luek and Beck 2014). Previous sampling of redox-active constituents at the same mid-tide location showed that advection of water through the sandy sediments drives the formation of a “classic” redox sequence typical of diffusion-dominated fine-grained sediments (O'Connor et al., 2015). Sediments at the mid-tide line (MT; Supplementary Figure S1C) are oxic down to ∼70 cm depth, exhibit a peak in NOx between 70 and 100 cm, followed by a peak in dissolved Fe and Mn starting at 100 cm, and increasing sulfide below approximately 140 cm depth (depths relative to the high tide sediment surface level) (O'Connor et al., 2015). The vertical distributions of DOC and reduced metabolites remained consistent over time, but concentrations varied with season (O'Connor et al., 2018). Dissolved organic carbon concentrations were greatest in the summer, and shallow meteoric groundwater supplied the majority of DOC to the STE. Dissolved Fe and Mn were highest in a plume through the middle of the STE (100–140 cm) that was characterized by both higher concentrations and greater non-conservative addition in the winter. In contrast, sulfide was higher in summer at depths within the Fe and Mn plume (100–140 cm). The general distributions of RSMs have also been previously described (O'Connor et al., 2015). Both Mo and U were supplied to the STE from overlying estuarine water, and V and Cr had a mid-depth maximum at a sampling profile bisecting the shallow STE (O'Connor et al., 2015).
2.2 Groundwater Collection and Analysis
Sample collection and analyses have been described previously (O'Connor et al., 2018), and will be discussed briefly here. Groundwater samples were collected using permanently installed wells comprising a 1 cm-long stainless steel screened point (AMS, Inc.; e.g., Gonneea et al., 2013) attached to 3 mm diameter No-Ox® PTFE tubing (Supelco/Sigma-Aldrich), or from an all-plastic multi-level sampler (Beck et al., 2007). Low-flow sampling methods were used to minimize oxygen introduction into the sample. Groundwater was pumped from depth using a portable peristaltic pump and filtered through an in-line 0.45 μm Millipore polypropylene capsule filter into sampling containers. Salinity, temperature, and Eh were measured in an included flow-through unit at the time of collection with a hand-held YSI556 multi-probe.
Samples were collected from the mid-tide (MT) profile, located at the center of the shallow saline recirculation cell (Supplementary Figure S1C), each month (March 2013 to February 2015) during the week of spring tide at the ebb phase of the tidal cycle. Groundwater samples were also collected from a shore-normal transect (Figure 1) during 4 months (April 2014, July 2014, October 2014, and February 2015) to capture variations over a year. Depth profiles were collected along a shore-normal transect, at the locations of average water levels during high tide (HT), MT, and low tide (LT). Additional shallow groundwater samples were collected between the HT and MT locations (Figure 1) using a drive-point piezometer to better delineate chemical distributions. To remain consistent between profiles, all depths were calculated relative the sediment surface at the high tide profile (rather than sediment surface at the location of collection).
[image: Figure 1]FIGURE 1 | Sampling locations of the subterranean estuary transect and concentrations of dissolved redox-sensitive metals (A) Mo (B) U (C) V, and (D) Cr measured in July 2014 and February 2015. Depth profiles were located at the spring high tide (HT), mid-tide (MT), and just below low tide (LT) water levels. Depths are measured relative to the high tide sediment surface (0 cm).
Groundwater samples for dissolved (<0.45 µm) trace metal analysis (Fe, Mn, Mo, U, V, and Cr) were collected in acid-washed LDPE bottles, acidified immediately after collection, and analyzed by two-fold dilution and direct injection on a Thermo Element 2 inductively-coupled plasma mass spectrometer at the University of Southern Mississippi’s Center for Trace Analysis. Isotope dilution was used to account for matrix effects. Detection limits were ≤2 nM (nM). Samples for organic-metal complex measurements (<0.45 µm) were collected during the February seasonal transect sampling in 1 L acid-washed LDPE bottles and immediately frozen. These samples were later thawed and extracted through a Bond Elut C18 column (Agilent, 500 mg bed mass). Columns were acid-washed in dilute trace metal grade HCl and rinsed thoroughly. Before use, columns were conditioned with 100 ml of methanol followed by 500 ml of MilliQ water. Approximately 250 ml of sample was loaded through the column (confirmed by sample mass difference), followed by a 10 ml MilliQ water rinse (Lemaire et al., 2006). The column was dried by pulling air through for 30 minutes, and then elution was done with 10 ml of HPLC-grade methanol. Concentrated ultrapure HNO3 (100 µL) was added to samples before they were dried under a HEPA-filtered laminar flow hood. Samples were reconstituted with 1 N ultrapure HNO3 for analysis as described above. This method isolates 20–60% of DOC, primarily hydrophobic species (Lemaire et al., 2006). The amount of DOC recovered in the extractions here is not reported because efforts to prevent metal contamination were prioritized over preventing organic carbon contamination (e.g., collecting eluent in LDPE bottles). The metals extracted along with this organic phase will be referred to here as associated with hydrophobic dissolved organic matter (hDOM). Due to the uncertainty in DOC recovery in hDOM, the association of metals with hDOM can be considered to be a semi-quantitative assessment of how the metals are associated with DOM overall within the STE; comparisons can be made across space, time, and different metals within the study, but caution should be used if comparing precise numbers to other studies. Details for collection and analysis of DOC, humic C, and sulfide can be found in O’Connor et al. (2018).
2.3 Sediment Collection and Analyses
A 4-m long vibracore was collected adjacent to the mid-tide sampling location in May 2013, and processed as described previously (O'Connor et al., 2018). The core was sectioned into 5 cm intervals to evaluate vertical variations in sediment contents. Sequential leaches were performed to isolate the metal oxide and recalcitrant metal fractions (Tessier et al., 1979). Dried and weighed sediments (∼1 g) were shaken for 180 min in 5 ml of 1 M hydroxylamine hydrochloride in 25% acetic acid, centrifuged at 3000 g for 10 min. Four milliliters of supernatant were removed to a new, clean tube and diluted in 0.5 M HNO3 (Aristar Plus, trace metal grade). This represented the fraction liberated upon reductive dissolution of Fe and Mn (hydr)oxides (Tessier et al., 1979), and will be referred to here as the “metal oxide fraction.” The leach method used in the current study does not provide the specific information about speciation or redox state of solid-phase metal oxides afforded by other chemical leach methods (e.g., Anschutz et al., 2005; Hyacinthe et al., 2006). The simpler leach method was used here to liberate metals associated with the bulk amorphous oxide pool, comparable to other studies of Fe and Mn cycling in the STE (e.g., Charette et al., 2005). The remaining sediment was shaken in 5 ml aqua regia (1:3 HNO3:HCl) for 13 h. Samples were centrifuged, and the supernatant removed and diluted with MilliQ water. Metal concentrations in these fractions were analyzed as described for groundwater samples above. This fraction represents more recalcitrant sedimentary phases (but does not dissolve pyrite) and will be referred to as the “recalcitrant fraction” (Tessier et al., 1979; Huerta-Diaz and Morse 1992). Metal concentrations in both fractions were analyzed as described for groundwater samples above.
2.4 Data Analysis
As previously described (O'Connor et al., 2018), this STE is characterized by three endmember mixing between saline, estuarine surface water and two distinct up-gradient freshwater sources: one shallow and one deep (Supplementary Figure S1C). The shallow freshwater endmember is more oxidizing than the deep endmember (Eh around 100 mV compared to < −100 mV) and has higher organic matter contents. Therefore, mixing of chemical elements could not be evaluated only with respect to a single fresh endmember. To evaluate chemical addition or removal along the seasonal STE transects, two mixing lines were inferred on salinity-concentration plots: one between the surface endmember and the shallow fresh endmember, and one between the surface and deep fresh endmember. Points that fall within the triangle created by the two mixing lines were interpreted as resulting from mixing between the three endmembers, while those falling outside result from non-conservative addition or removal.
To quantify the addition or removal of an element at the MT profile over the 2-years time series, we calculated the concentration anomaly relative to conservative mixing. The concentration anomaly is the difference between the measured concentration and the expected concentration given conservative mixing between the endmembers, calculated as:
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The expected concentration (Cexpected) was calculated using the fractional contributions of the three endmembers. The contribution of each endmember was calculated using salinity and humic carbon as tracers (described in O'Connor et al., 2018).
Multiple linear regression models were used to evaluate the response of the RSEs (Mo, U, V, and Cr) to changes in biogeochemically relevant predictor variables. All analyses were performed using existing functions in R (R Core Team 2015). The goal of these regressions was to determine the effect of major groundwater constituents on the distribution of RSMs, providing insight into how these elements respond to geochemical changes in the STE. These relationships also suggest what major constituents could be used to predict RSM behavior in other coastal groundwaters.
Two sets of regressions were used to understand the responses of redox-sensitive trace metals to other chemical constituents in the STE across time and space. The first used data measured monthly at the MT location and explored seasonal changes over the 2 years of sample collection (referred to here as “time effects”). Time effects regressions were performed on MT profile data separated into summer (May to October) and winter (November to April) of 2013 and 2014 (seasons were differentiated by differences in groundwater temperature; O’Connor et al., 2018). The second set of regressions assessed how RSM responses to predictor variables differed along a shore-normal transect (referred to here as ‘space effects’). The space effect regressions were done on the HT, MT, and LT profile data separately (using all 4 months of data at each location) to determine if RSM response to predictor variables differed spatially throughout the STE. Depth ranges included for each well were selected to exclude depths at which a given RSM concentration was consistently below the detection limit (below which any correlation analysis becomes meaningless).
Models using different combinations of geochemically relevant predictor variables were considered. Final models were selected based on p values the Akaike information criterion (AIC). AIC is used to compare the relative quality of potential models, with a lower AIC indicating a higher quality model. The model’s p value indicates the chance that the data fit to a model is due to random chance, rather than due to a true relationship in the data. Therefore, a lower p value indicates that a model is statistically significant. Due to the need to select a model that was the best overall fit for several conditions, a hard cut-off for p value was not used. Rather, a combination AIC and p value were evaluated in combination. In reporting model results, all R2 values reported are the adjusted R2 of the model which accounts for the sample size.
All response variables (i.e., RSM concentrations), as well as salinity, dissolved Fe, DOC, humic C, and sulfide concentrations were natural log transformed to achieve data normality. Temperature data were normal without transformation. In cases where DOC and humic C were both predictors in a model, collinearity was checked using the variance inflation factor (VIF). The VIF never exceeded 5, the recommended cut-off for multicollinearity in a model (James et al., 2014), so both predictors were retained in these cases.
The biogeochemical rationales for inclusion of various predictor variables considered for inclusion are described here. Salinity was considered for inclusion in all models to account for mixing of fresh and saline waters. Temperature was considered for the space effect models because chemical reactions (both biotic and abiotic) are temperature dependent. The time effects model, already split up by season, accounted for temperature in its design and temperature was therefore not considered as a possible predictor.
Dissolved Fe was considered as a predictor in all Mo and U models because Mo(VI) can sorb to iron oxides, and some Fe reducing bacteria can reduce U. Sulfide was considered in all Mo and U models because sulfide reacts directly with Mo, and because several sulfur-reducing microbial species are capable of reducing U. Although U(VI) can be reduced by Fe(II) (Behrends and Van Cappellen 2005) and sulfide (Hua et al., 2006), the rates of these reactions are comparable to those of enzymatic reduction only under certain conditions (e.g., the ready availability of certain reactive metal hydroxide surfaces; dominance of uranium hydroxide species). Therefore, geochemical associations of U with Fe and S here are generally considered to be proxy relationships for the microbial processes that generate these reduced metabolites, although abiotic reduction may also play a role.
DOC, humic C, and dissolved Fe were considered for all V and Cr models because reduced V and Cr species can be complexed by organic matter (Wehrli and Stumm 1989; Remoundaki et al., 2007) and co-precipitate with iron (hydr)oxides (Rai et al., 1989).
Model results are presented using normalized coefficient plots. For a given model, the coefficients are calculated based on scaled and centered data (using the scale function in R) in order to be comparable across different predictors. Stronger relationships between predictor and response variables are represented by larger (either positive or negative) coefficients. Normalized coefficients and p values can be found in the Supplementary Material.
3 RESULTS
3.1 Groundwater
3.1.1 Molybdenum
The mean concentration of Mo in the shallow freshwater endmember (7.8 ± 4 nM) tended to be higher than for the mean deep freshwater endmember (0.63 ± 1 nM), but both were much lower than estuarine surface water concentrations (63 ± 8 nM) (Table 1). Molybdenum was highest in the surface water and shallow STE groundwater, with the 25 nM contour falling between 50 and 150 cm depth, and the 10 nM contour between 100 and 200 cm depth (Figure 1A). At MT, concentrations decreased steadily from surface water concentrations (62 ± 11 nM in summer; 57 ± 9 nM in winter) to 24 ± 12 nM at 115 cm depth across all seasons (Figure 2A). Below 115 cm depth, Mo declined sharply to less than the detection limit of 1 nM. At LT, Mo was consistently lower than at other locations (3 ± 5 nM) but tended to be highest in the shallowest sampled depth (Figure 1A). Concentrations of dissolved Mo associated with hDOM were highest at depths between 50 and 100 cm throughout the STE, reaching 4.5–10.8 nM (Figure 3A). The percent of Mo associated with hDOM increased with depth in the STE, from 2.7% in the surface to >50% below 150 cm depth (Figure 3A).
TABLE 1 | Endmember salinities and RSM concentrations used to estimate mixing and concentration anomalies. The notes identify the months corresponding to the endmember concentrations that were used to calculate the conservative mixing lines and concentrations.
[image: Table 1][image: Figure 2]FIGURE 2 | Dissolved (A) Mo, (B) U, (C) V, and (D) Cr concentrations from the MT profile over the 2-year time series. Summer is defined as May to October, and winter is defined as November to April. At each depth, the filled circles represent the mean, and shaded areas represent one standard deviation, of all the months sampled in each season.
[image: Figure 3]FIGURE 3 | Groundwater depth profiles for concentrations (solid circles; lower axis) and percent of total dissolved metal (open circles; upper axis) associated with hydrophobic organic matter (as determined by extraction on a C18 column). Surface water concentrations are shown at 0 cm depth.
In the seasonal transects, samples with sulfide concentration >10 µM showed evidence of non-conservative removal (Figure 4A). Most non-sulfidic (shallow groundwater) samples fell within the conservative mixing area or slightly below with the exception of clear non-conservative excess in July. Molybdenum anomalies calculated at the MT profile were near zero in shallow groundwater (<100 cm), and the concentration anomaly dropped to below zero at 130–140 cm (Figure 5A).
[image: Figure 4]FIGURE 4 | Salinity mixing diagrams of dissolved (A) Mo, (B) U, (C) V, and (D) Cr. Solid symbols indicate samples in which sulfide concentrations exceed 10 µM. Conservative mixing lines are drawn between the saline surface water endmember and both the deep and shallow freshwater endmembers (Table 1). Samples falling above and below the conservative mixing lines suggest non-conservative addition and removal, respectively.
[image: Figure 5]FIGURE 5 | Concentration anomalies (calculated using three endmember mixing as described in the text) of (A) Mo, (B) U, (C) V, and (D) Cr at the MT profile. The points shown are the median anomaly values for each season.
The time effects linear model selected (based on AIC) for Mo was:
[image: image]
The models for individual seasons explained between 68 and 81% of the variability in Mo concentrations (Figure 6A). Molybdenum was correlated negatively with sulfide across all seasons. In seasons where the correlation with sulfide explained a lower percent of Mo variability (summer 2013 and winter 2014), the positive correlation with salinity was stronger.
[image: Figure 6]FIGURE 6 | Regression results for (A) Mo, (B) U, (C) V, and (D) Cr for the time series taken at the MT sampling location (time effects). The horizontal axis represents the scaled coefficient for each predictor in the multiple linear regression (vertical axis). The color of the points shows the absolute magnitude of the coefficient. More extreme values (positive or negative) represent a stronger relationship between the predictor and the metal concentration. The horizontal line associated with each point represents the 95% confidence interval for the coefficient. For points where the confidence interval does not intersect 0, the p value for the coefficient is < 0.05.
The space effects linear model selected for Mo was the same as for the time effects model. The models for each location explained between 56 and 62% of the variability in Mo concentrations (Figure 7A). Salinity was the best predictor of Mo distribution at LT, whereas Fe and sulfide were better predictors at HT and MT, respectively.
[image: Figure 7]FIGURE 7 | Regression results for (A) Mo, (B) U, (C) V, and (D) Cr for measurements taken along the STE transect (space effects). The horizontal axis represents the scaled coefficient for each predictor in the multiple linear regression (vertical axis). The color of the points shows the absolute magnitude of the coefficient. More extreme values (positive or negative) represent a stronger relationship between the predictor and the metal concentration. The horizontal line associated with each point represents the 95% confidence interval for the coefficient. For points where the confidence interval does not intersect 0, the p value for the coefficient is < 0.05.
3.1.2 Uranium
The mean U concentration for the shallow freshwater endmember (1.2 ± 0.6 nM) tended to be higher than that for the deep freshwater endmember (0.2 ± 0.2 nM), but both were much lower than estuarine surface water concentrations (7.2 ± 0.6 nM) (Table 1).
Dissolved U was highest in the surface water and shallowest parts of the STE. The 1 nM contour fell between 100 and 150 cm in July, and between 150 and 350 cm in February (Figure 1B). Summer U concentrations at MT remained relatively constant down to 90 cm (5 ± 3 nM), then decreased to <1 nM by 130 cm (Figure 2B). Winter U concentrations at MT remained relatively constant down to 100 cm (6 ± 4 nM), then decreased to <1 nM by 130 cm depth. At LT, U concentrations were consistently low (0.6 ± 0.6 nM), with somewhat higher concentrations evident at the shallowest (125 cm, 0.9 ± 0.2 nM) and deepest (300 cm, 1.6 ± 0.5 nM) sampled depths (Figure 1B). Concentrations of dissolved U associated with hDOM were relatively uniform (<0.5 nM) throughout the depth profile, with one sample reaching a maximum 1.4 nM between 300 and 400 cm depth (Figure 3B). The percent of U associated with hDOM was low in the surface (2.0%) and reached a maximum in the 200–300 cm depth range (15% ± 12) (Figure 3B).
In the seasonal transects, nearly all samples above salinity ∼3 showed non-conservative removal (in all months except April) (Figure 4B). Greater non-conservative behavior was observed in July than in other months based on the distance of points below the conservative mixing lines (Figure 4B) and the consistent negative concentration anomaly at shallower depths (Figure 5B). Uranium anomalies calculated at the MT were generally at or below zero from 62 to 115 cm, except in winter 2014, when anomalies were between zero and one, indicating enrichment (Figure 5B). Non-conservative removal occurred at all depths in summer 2013; at 90 cm and deeper in summer 2014; and at 140 cm and deeper in both winters. The anomalies calculated from three-endmember mixing typically fell between those calculated from mixing between the surface water and either the shallow or deep freshwater endmember.
The time effects linear model selected for U was:
[image: image]
The models for individual seasons explained between 54 and 84% of the variability in U concentrations (Figure 6B). The most statistically significant predictor of U concentrations over the 2-year sampling period was sulfide (negative correlation), followed by Fe (positive correlation) (Figure 6B). In winter 2014, the effect of Fe was not significant, but unlike other seasons, the effect of salinity was statistically significant.
The space effects linear model selected for U was:
[image: image]
The models for each location explained between 34 and 71% of the variability in U concentrations (Figure 7B). The best predictor of U concentration varied between locations. At HT, U was directly proportional to dissolved iron. At MT, U was inversely proportional to dissolved sulfide whereas salinity was the strongest predictor of U concentrations at LT (Figure 7B).
3.1.3 Vanadium
Dissolved V showed a mid-depth concentration maximum throughout the STE (Figure 1C). The maximum was generally between 50 and 250 cm from HT to MT, and 150–250 cm at LT. Dissolved V concentrations were highest from HT to MT and were never below the detection limit (2 nM) at any location. Within the MT profile maximum (from 100 to 140 cm), V concentrations ranged from a low of 147 ± 24 nM in winter 2014 to a high of 256 ± 54 nM in summer 2014 (Figure 2C), with generally higher concentrations in summer than in winter (Figures 1C,2C; Supplementary Figure S2). Concentrations of dissolved V associated with hDOM were typically 1–2 nM at all depths and the fraction of V associated with hDOM was low throughout the surface water and STE (<5%; Figure 3).
On average, vanadium was lowest in the deep freshwater endmember and highest in the shallow freshwater endmember (Table 1). The shallow freshwater endmember concentration was variable, increasing by a factor of six between April (2.48 nM) and July (296.9 nM). This shallow freshwater endmember was the primary source of V to the STE (having the highest concentration in all months but April). The deep freshwater endmember varied between a low of 8.8 nM in February to a high of 30.7 nM in July. Surface water concentrations varied between a low of 7.24 in February to a high of 42.1 in October.
In salinity mixing diagrams for the seasonal transects, V generally showed non-conservative addition, although patterns varied by month (Figure 4C). In July (with the highest shallow freshwater endmember concentration), most samples showed conservative behavior. In April and February (with lower shallow freshwater endmember concentrations), several sulfidic and non-sulfidic samples showed non-conservative addition. The calculated V anomalies at MT were primarily positive and were greatest between 100 and 175 cm in all seasons, coinciding with the mid-depth V concentration maximum. The concentration anomalies within the peak were higher in winter than in summer (Figure 5C). The anomalies within the V concentration maximum from three-endmember mixing typically were lower than those calculated from mixing between the surface water and the shallow or deep freshwater endmember.
The time effects linear model selected for V was:
[image: image]
The models for individual seasons explained between 67 and 83% of the variability in V concentrations (Figure 6C). Both DOC and Fe were directly correlated with V in most seasons (Figure 6C). Humic carbon was a significant predictor of V only in winter.
The space effects linear model selected for V was:
[image: image]
Models for each location explained between 40 and 74% of the variability in V concentration (Figure 7C). Dissolved organic carbon and temperature were positively correlated with V at MT and LT (Figure 7C), whereas V was significantly correlated with only humic carbon at HT. The direct correlation of V with temperature reflects the observed higher V concentrations in summer (Figures 1C,2C). Salinity was not a predictor of V in either the time effects or space effects models, which is consistent with only one of the freshwater endmembers acting as a primary source of V to the STE (as opposed to the existence of a single consistent fresh or saline source) (Table 1).
3.1.4 Chromium
Chromium was lowest in surface water (3 ± 3 nM) and highest in the shallow freshwater endmember (19.4–235.6 nM) (Table 1). Similar to V, Cr showed a mid-depth concentration maximum throughout the shallow STE (Figure 1D). Maximum Cr concentrations were observed from 90 to 130 cm depth at HT, from 100 to 200 cm depth at MT, and 125–150 cm at LT (Figure 1D). Concentrations of Cr were typically highest at HT, with concentrations commonly >100 nM, and up to 235 nM (Figure 1D). In the MT time series, Cr concentrations within the maximum ranged from 28 ± 3 nM in winter 2014 to a high of 53 ± 31 nM in winter 2013 (Figure 2D). Like V, Cr concentrations were always above the detection limit (1 nM). Concentrations of Cr within the maximum at MT did not show any consistent trends with season, but were higher during 2013 (Figure 2D, Supplementary Figure S2). Concentrations of dissolved Cr associated with hDOM were highest in the same depth range as the dissolved Cr maximum, between 100 and 200 cm depth (Figure 3). The percent of Cr associated with hDOM increased with depth in the STE from the surface water (2.8%) to the 301–410 cm depth interval (81% ± 26; Figure 3).
In salinity mixing diagrams for the seasonal transects, Cr concentrations generally exhibited conservative mixing behavior in the summer and non-conservative addition in the fall/winter when shallow freshwater endmember Cr concentrations were lower (Figure 4D). Additionally, positive Cr concentration anomalies (indicating addition) were observed at the MT profile, and tended to be higher in winter than summer (Figure 5D).
The time effects linear model selected for Cr was:
[image: image]
The models for individual seasons explained between 45 and 75% of the variability in Cr concentrations (Figure 6D). In 2013, Cr was positively correlated with DOC and humic carbon (Figure 6D). However, Cr was correlated with DOC and Fe (and not humic carbon) in 2014.
The space effects linear model selected for Cr was:
[image: image]
The models for each location explained between 55 and 71% of the variability in Cr concentrations (Figure 7D). Chromium was positively correlated with Fe at LT, and correlated with both DOC and Fe at MT. At HT, the predictor closest to statistical significance was Fe (p = 0.066). Similar to the linear models of V concentrations, salinity was not a predictor of Cr. However, unlike models for V, temperature was not a predictor of Cr concentrations, reflecting its more constant concentrations between summer and winter (Figure 2D).
3.2 Sediment
Metal oxide-associated Mo content in sediments was low (<1.5 μmol/cm3) in the shallowest sediments, increased to ∼4 μmol/cm3 between 70 and 150 cm, then increased to reach as high as 7.8 µmol/cm3 at depth (Figure 8). Metal oxide-associated U was low (∼0.1 μmol/cm3) down to 45 cm depth, increased to 1–2 μmol/cm3 between 70 and 250 cm depth, then increased to 5 μmol/cm3 at the base of the profile. Recalcitrant Mo and U profiles showed similar distributions to their metal oxide fractions.
[image: Figure 8]FIGURE 8 | Sediment concentrations of metals dissolved by reducing (Metal Ox.) and aqua regia (recalcitrant [Recal.]) leaches (described in Methods). The sediment core was taken adjacent to the MT profile. The dotted line represents the sediment surface; depths are relative to the sediment surface at HT.
Metal oxide-associated V and Cr content were highest between 60–90 cm and 190–300 cm depths (Figure 8). Sediment concentrations of metal oxide-associated V reached as high as 86 μmol/cm3 while reducible Cr reached as high as 11 μmol/cm3. Recalcitrant V and Cr showed similar distributions as the metal oxide fractions, but with a sharper peak at 70 cm depth and similar concentrations.
4 DISCUSSION
4.1 Molybdenum
High Mo concentrations in the surface water and shallow STE (compared to freshwater endmembers) showed Mo was supplied to the STE by estuary surface water (Figures 1A,2A). Once in STE groundwater, Mo was non-conservatively removed during advection into sulfidic portions of the STE (Figures 4A, 5A). Mo in sulfidic samples was always below concentrations expected for conservative mixing (Figure 4A), and calculated anomalies showed that Mo was consistently removed from groundwater where dissolved sulfide was first present, between 100 and 140 cm depth at MT (Figure 4A; O'Connor et al., 2018). These results are consistent with Mo observations from other STEs globally. Non-conservative removal of molybdenum was observed in several other study sites on the Atlantic and North Sea coasts (Windom and Niencheski 2003; Beck et al., 2008; Reckhardt et al., 2017). Reckhardt et al. (2017) demonstrated that Mo and sulfate depletion were correlated.
Measuring sulfide and using statistical modelling provided quantitative support for previous hypotheses regarding sulfide control on the removal of Mo. Multiple linear regression confirmed a negative correlation between Mo and sulfide throughout the STE (with the exception of the low tide location, discussed below) in all seasons (Figures 6A,7A). Laboratory and field studies suggest that at a sulfide threshold of ∼10 µM a geochemical “switch” is flipped and molybdate quantitatively reacts to form highly particle reactive thiomolybdate (MoS42-) (Helz et al., 1996; Erickson and Helz 2000). In this work, we confirm Mo removal primarily occurs where sulfide is present at concentrations higher than 10 µM (Figure 4A), consistent with these laboratory results. The negative correlation between Mo and sulfide throughout the 2-year time series suggests the importance of Mo removal by sulfide in every season (Figure 6A).
Sulfide concentrations varied seasonally in this STE (O'Connor et al., 2018), with higher concentrations during summer in the depth range where Mo was removed (100–140 cm; Figure 5A). However, Mo removal did not appear to be more extensive in summer (Figures 4A,5A). This may be because sulfide reached sufficiently high concentrations to drive Mo removal (>10 µM) by 140 cm depth in all seasons (O'Connor et al., 2018). Seasonal removal of Mo is more likely to occur in STEs where sulfide concentrations vary around a low-micromolar concentration threshold (e.g., Beck et al., 2008; Morford et al., 2009).
Sediment Mo content was consistent with Mo removal from groundwater to form insoluble compounds. Both metal oxide-associated and recalcitrant Mo increased in the 100–140 cm depth range (Figure 8) where sulfide and Mo co-occurred and dissolved Mo was removed (Figure 5A). Sediment Mo contents also increased with depth (Figure 8) suggests that the Mo-sulfide interface may shift over time, resulting in thiomolybdate compounds sorbing to sediments at different depths.
The pattern of Mo removal differed spatially throughout the STE. At LT, lower Mo concentrations and stronger correlation of Mo with salinity (Figure 7A) suggested that Mo removal typically occurs at shallow enough depths (sulfide concentrations were >250 μM at every sampled depth; O'Connor et al., 2018) that increasingly reducing conditions at depth did not drive further changes in Mo. This observation suggests that more seaward portions of shallow STEs may act as a greater Mo sink than intertidal zones.
Modeling done in this study supports a potential mechanism for Mo mobilization from the shallow STE observed by Beck et al. (2010) and in several samples in this study. Because molybdate can sorb to Mn oxides under oxic conditions (Shimmield and Price 1986), Beck et al. (2010) suggested that this may be associated with mobilization of metal (particularly Mn) oxides. This study confirms that dissolved Fe and Mo are correlated in summer months and that metal oxide-associated Mo occurs in shallow STE sediments (Figure 8), supporting the hypothesis that under non-sulfidic conditions, Mo cycling may be seasonally controlled by Fe and/or Mn oxidation and reductive dissolution (described in O’Connor et al., 2018).
The distribution of Mo contents in the groundwater and sediment suggests there may be spatial differences in the permanence of sequestration. Increasing concentrations of Mo in sediment occur near the redox interface, and may be mobilized with mixing of saline and oxic surface water into the STE. This mixing depends on the hydraulic gradient between groundwater and surface water (Gonneea et al., 2013; Luek and Beck 2014), which may be disturbed by short-term events such as storm surges or long-term events such as sea level rise. The highest concentrations of Mo in sediment occur at depth, where oxygen intrusion and remobilization are less likely.
4.2 Uranium
Consistent with many other studies (Duncan and Shaw 2003; Windom and Niencheski 2003; Charette and Sholkovitz 2006; Beck et al., 2008; Riedel et al., 2011; Reckhardt et al., 2017), uranium was supplied to the Gloucester Point STE by surface water and showed non-conservative removal with depth (Figures 1B, 2B, 4B, 5B). Sampling over several years and seasons showed that non-conservative removal was greater in summer. This is demonstrated by concentrations falling farther below the conservative mixing range in summer (Figure 4B) and shallower removal depths in the summer than the winter (Figure 5B).
Previous work has found inverse correlations between U and Fe, Mn, and sulfate reduction rate (Riedel et al., 2011; Reckhardt et al., 2017). This inverse relationship is consistent with U reduction coupled to metal oxide or sulfate reduction. Several microbial species, including many iron-reducing bacteria and sulfate/sulfur-reducing bacteria, (e.g., Geobacter metallireducens strain GS-15, Alteromonas putrefaciens, Shewanella putrefaciens, Desulfovibrio desulfuricans, Desulfovibrio vulgaris), can reduce U to its particle reactive species (Lovley et al., 1991; Lovley and Phillips 1992; Lovley et al., 1993; Fredrickson et al., 2000).
This work expands on these observations by assessing the relative importance of geochemical factors for U removal. Quantifying the relationship between U and other chemical parameters using multiple linear regression, rather than separate regressions, allowed for concurrent assessment of possible influences on U distribution. At the Gloucester Point STE, U was consistently inversely correlated with sulfide, while it showed either no correlation or a positive correlation with Fe (Figures 6B,7B). This suggests that sulfate/sulfur-reducing bacteria played a greater role in U reduction compared to iron-reducing bacteria at this STE. More extensive U removal in summer may be due to increased activity of sulfate/sulfur-reducing bacteria during warmer temperatures, which is consistent with conclusions drawn in O’Connor et al. (2018).
Similar to Mo, salinity exerted a stronger control on U concentrations at LT than at other locations in this STE (Figure 7B). Because redox conditions are largely consistent with depth at LT, U exhibits more conservative behavior compared to parts of the STE with more distinct redox gradients. Despite the strongly reducing conditions observed within the LT profile and consistently low U concentrations, U concentrations were always above the detection limit. Complexation with inorganic or organic ligands, which are both abundant throughout this STE, has been shown to inhibit the rate of microbially-mediated U reduction (Ganesh et al., 1997; Ganesh et al., 1999) and may therefore have led to the presence of soluble U within reducing groundwater.
Although both metal oxide-associated and recalcitrant U increased steadily with sediment depth (Figure 8), there was no U peak indicating a single clear depth of removal (as observed by Charette et al., 2005). Additionally, the increase in sediment U content was not as dramatic as the increase of Mo, despite similar contents in shallow (<100 cm) sediments. This may indicate that U removed to the sediments is more susceptible to remobilization during temporary increases in groundwater redox potential.
4.3 Vanadium
Dissolved V concentrations in the STE were highest mid-depth, evidently originating from shallow fresh groundwater (Figure 2C). Vanadium concentrations within the maximum (Figure 2C) and throughout the STE (Figure 1C) were highest in summer. These high summer concentrations appear partly due to higher concentrations of V in the shallow freshwater endmember (Table 1). A similar spatial and temporal pattern was observed in a tidal flat by Beck et al. (2008).
Dissolved V tends to be highest in groundwaters that are oxidizing and slightly basic (Wright and Belitz 2010; Pourret et al., 2012), unlike the reducing conditions throughout large portions of this and other coastal groundwater sites where high concentrations of V were measured in fresh water (Beck et al., 2008; Reckhardt et al., 2017). These studies found that V tends to be associated with higher DOC in reducing waters. Our multiple linear regression to model V concentrations found that V was correlated with both DOC and Fe throughout the 2-year time series (Figure 6A), suggesting that complexation by an inorganic-organic colloidal phase may have kept particle reactive reduced V species soluble (Pourret et al., 2012; Telfeyan et al., 2015). Only a small percent of V measured was in the hDOM pool at the Gloucester Point STE (Figure 3C). Therefore, hydrophilic organic matter (such as fulvic acids) may be important for complexation of V at this site (Stolpe et al., 2013; Telfeyan et al., 2015).
Higher V concentrations and higher DOC concentrations occurred in summer both at the Gloucester Point STE and the tidal flat studied in Beck et al. (2008). As proposed by Beck et al. (2008), this may be due to higher microbial activity in summer generating more labile organic compounds capable of complexing V. Our models found that the pool of organic matter associated with high V concentrations was different in the summer (correlated with DOC) versus the winter (correlated with humic carbon) (Figure 6A). This result suggests that, seasonal differences in organic matter concentration and composition could also drive seasonal changes in V concentration, and therefore mobility and eventual flux to the coastal ocean.
In addition to the seasonal variations in meteoric V supply, non-conservative addition of V occurred within the STE itself. Although higher V concentrations occurred in summer, greater non-conservative addition occurred during winter in both years (shown in seasonal transects and MT anomalies; Figures 4C,5C). Reduced V can sorb to hydrous metal oxides (Wehrli and Stumm 1989), and V was correlated with dissolved Fe in both winters (Figure 6C) at MT (Figure 7C). This is consistent with V release during the dissolution of Fe oxides, which occurs just up-gradient of the MT profile (O'Connor et al., 2018). These results suggest that the magnitude of the STE as a V source to the ocean depends on both organic matter source and seasonal redox dynamics.
The primary source of high V in the Gloucester Point STE may be local environmental factors. In inland groundwaters, V tends to be highest in aquifers composed of mafic and ultramafic rocks (Aiuppa et al., 2003; Wright and Belitz 2010; Luengo-Oroz et al., 2014). Sediments in the Chesapeake Bay region are rich in mafic and ultramafic minerals such as ilmenite, epidote, and staurolite (Firek et al., 1977; Darby 1984; Carpenter and Carpenter 1991). Additionally, fossil fuels can contribute to increased V concentrations in the environment (Andrade et al., 2004; Fiedler et al., 2008; Moreno et al., 2011), and coal burning emissions are a major source of contamination to sediments in the Chesapeake Bay region (Dickhut et al., 2000).
4.4 Chromium
Cr (like V) is enriched in minerals associated with mafic and ultramafic rock and in fossil fuels Robles-Camacho and Armienta, 2000 and Oze et al., 2007, which may provide the source of high Cr concentrations in fresh groundwater observed at the Gloucester Point STE. Cr concentrations were highest in a mid-depth maximum originating from shallow fresh groundwater (Figure 1D) and in the shallow freshwater endmember (Table 1). A similar distribution was observed in a tidal flat by Beck et al. (2008). The presence of dissolved Cr under reducing conditions is unusual given that soluble Cr(VI) is readily reduced to insoluble Cr(III) by Fe(II) (Eary and Rai 1989), organic matter (Bartlett and Kimble, 1976), and sulfide (Smillie et al., 1981), all of which are abundant in the Gloucester Point STE. Additionally, previous equilibrium calculations predict that Cr is reduced and therefore highly particle reactive throughout the STE (O'Connor et al., 2015). Beck et al. (2008) found a correlation between DOC and Cr and proposed that complexation with organic matter kept reduced Cr in solution (Bartlett and James 1983).
The multiple linear regression models for Cr offer more details regarding Cr complexation in the STE. At MT, Cr was correlated with DOC, supporting the hypothesis that complexation with organic matter can solubilize Cr in the STE. At MT, Cr was correlated with either humic carbon (in 2013) or Fe (in 2014) along with DOC (Figure 7D). In groundwater, colloids (small particles made up of aluminosilicate, iron (hydr)oxide, and organic components; Buffle et al., 1998) can enhance the transport of particle-reactive metals (Sanudo-Wilhelmy et al., 2002; De Jonge et al., 2004; Kim and Kim 2015). The correlation of Cr with both organic material and Fe at HT and MT suggested either that both Fe and Cr are present in organic complexes (Boggs et al., 1985), or that Cr is bound to mixed organic/inorganic colloidal material. However, Fe was the exclusive and strongest predictor at LT (Figure 7D). Colloids based on solid iron oxide material, rather than organic matter, are mobilized at oxic/anoxic interfaces and can transport metals (Pokrovsky and Schott 2002; Hassellov and von der Kammer 2008). As a result, the occurrence of sharp redox interfaces in the STE, including reductive dissolution of Fe oxides (O'Connor et al., 2015), may mobilize Fe-based colloids. This mobilization of Fe colloids may result in a shift from DOC- to Fe-mediated Cr transport moving seaward and shows that colloidal iron may play an important role for metal transport in addition to colloidal organic matter.
Unlike the other redox-active metals in this study, Cr showed interannual, rather that seasonal, variability in concentration. Interannual differences in the association of Cr with DOC, humic carbon, and Fe (Figure 6D) may have also contributed to interannual variability in groundwater Cr concentrations. Along with DOC, humic carbon predicted Cr concentrations in 2013, whereas Fe was the significant predictor in 2014, indicating a change in the composition of the material to which Cr was bound. A shift in composition could change binding constants or Cr solubility, resulting in increased concentrations. However, interannual variability was not observed for V. Compared with V, Cr was more strongly associated with the hDOM pool (Figure 3D), suggesting that distinct pools of dissolved organic matter complex V and Cr, which may account for differences in seasonal and interannual variability.
Despite not showing differences in concentration with season, Cr showed seasonally dependent non-conservative addition (Figures 4D,5D). Similar to V, non-conservative addition of Cr was greater in the winter. Because Cr species can sorb to reactive metal (hydr)oxide surfaces, this addition may be due to release upon reductive dissolution of Fe oxides, which is greater in winter in this STE (O'Connor et al., 2018).
5 CONCLUSION
Despite having similar chemical properties, Mo, U, V, and Cr behave differently in the STE due to differences in their sources within the STE and distinct biogeochemical properties. These differences cause seasonal variations in the concentrations and distributions of these elements in coastal groundwater at this study site.
Dissolved Mo and U were supplied to the STE by estuarine surface water and showed non-conservative removal when oxic surface water mixed into the reducing portions of the shallow STE. Molybdenum was removed by reaction with sulfide, but sulfide concentrations at this site were sufficiently high (i.e., in great excess of the 10 µM required to quantitatively react with Mo) that seasonal trends in removal were not evident. In contrast, U removal appeared linked to the activity of sulfate/sulfur-reducing bacteria and showed greater removal during summer (when temperatures are warmer and microbial metabolic rates are higher).
Both V and Cr were primarily supplied to the STE by meteoric groundwater and showed non-conservative addition within the STE. Minerals common to sediments in the region are enriched in V and Cr and were the most likely source of these elements to local groundwater. The mobility of V and Cr within the STE, and therefore their supply to the coastal ocean, was controlled by association/complexation with groundwater organic matter and Fe-rich colloids. Complexation with different organic matter pools may have led to seasonal variability in the distribution of V, but greater interannual variability of Cr.
Results from this study emphasize the importance of seasonality on biogeochemical cycling in the STE. Although the broader redox structure of the shallow STE was stable over this 2-year study, the magnitude of its source/sink functions changed in predictable ways. For example, studying metals cycling at a seasonal scale revealed greater U removal in summer, which could lead to an overestimation of the STE as a U sink. By simultaneously measuring trace metal concentrations and major redox constituents, seasonal variability in V and Cr concentrations was observed, and these changes could be explained by concomitant variability in DOC and Fe. This result also illustrates that easily measured major redox species such as organic carbon and Fe, which vary seasonally in other STEs, can help explain and even predict the behavior of redox-active trace metals. Understanding these seasonal changes in the distribution of RSMs within the STE can contribute to more accurate estimates of regional or global SGD-driven fluxes of heavy metals.
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Beach aquifers, located in the subsurface of sandy beaches, are unique ecosystems with steep chemical and physical gradients resulting from the mixing of terrestrial fresh groundwater and saline groundwater from the sea. While work has rapidly progressed to understand the physics and chemistry in this environment, much less is known about the microorganisms present despite the fact that they are responsible for vital biogeochemical processes. This paper presents a review of the current state of knowledge of microbes within beach aquifers and the mechanisms that control the beach aquifer microbiome. We review literature describing the distribution and diversity of microorganisms in the freshwater-saltwater mixing zone of beach aquifers, and identify just 12 papers. We highlight knowledge gaps, as well as future research directions: The understanding of beach aquifer microorganisms is informed primarily by 16S ribosomal RNA gene sequences. Metagenomics and metatranscriptomics have not yet been applied but are promising approaches for elucidating key metabolic and ecological roles of microbes in this environment. Additionally, variability in field sampling and analytical methods restrict comparison of data across studies and geographic locations. Further, documented evidence on the migration of microbes within the beach aquifer is limited. Taking into account the physical transport of microbes through sand by flowing groundwater may be critical for understanding the structure and dynamics of microbial communities. Quantitative measurements of rates of elemental cycling in the context of microbial diversity need further investigation, in order to understand the roles of microbes in mediating biogeochemical fluxes from the beach aquifer to the coastal ocean. Lastly, understanding the current state of beach aquifers in regulating carbon stocks is critical to foster a better understanding of the contribution of the beach aquifer microbiome to global climate models.
Keywords: subterranean estuary, coastal aquifers, microbiome, sandy beach, groundwater, biogeochemistry
INTRODUCTION
Oceanic sandy beaches are dynamic environments teeming with life. Sandy beaches represent 31% of the world’s unfrozen shoreline (Luijendijk et al., 2018) and are defined as shorelines consisting of permeable, sandy sediments (Charette et al., 2005). Serving as functional links between land and sea, sandy beaches provide numerous invaluable ecosystem services (Rocha, 2008), including coastal protection (Hanley et al., 2014), filtration and purification of water (Brown and McLachlan, 2002), nutrient mineralization (Schlacher et al., 2007), storage and discharge of submarine groundwater (Kim and Heiss, 2021), and the provision of nursery and nesting areas for fish and bird species (Brown and McLachlan, 2002; Defeo et al., 2009). Beaches are also economically important (Hanley et al., 2014; Domínguez-Tejo et al., 2018) because they provide a place for recreation and fishing. In California, a location globally renowned for its beaches, revenue from beach-related tourism is estimated at $17.6 billion per year (Eastern Research Group, 2015).
During the past decade, interest in studying sandy beaches has increased (Dugan et al., 2010). One of the most rapidly progressing research areas at sandy beaches involves the study of beach aquifers (located in the subsurface of beaches) and submarine groundwater discharge from the beach aquifer to the sea (Robinson et al., 2018).
Characteristics of a Beach Aquifer
The beach aquifer is defined as the region below the surface of the sandy beach saturated with groundwater (Figure 1). Groundwater in the beach aquifer consists of land-derived freshwater and saline water of marine origin, and can be described by three distinct regions (Abarca et al., 2013): an intertidal saltwater cell (where seawater is flushed through the beach forced by waves and tides) (Robinson et al., 2006; Bakhtyar et al., 2012); an area of terrestrial freshwater (originating from the upland watershed) (Heiss et al., 2017); and a deep saltwater wedge (Heiss and Michael, 2014). The interface between the three water types is termed the subterranean estuary and has steep physical and chemical gradients, similar to a surface water estuary (Moore, 1999). Water that is discharged to the coastal ocean from the beach aquifer is referred to as submarine groundwater discharge (Robinson et al., 2018). Depending in part on the geomorphology of the beach, the relative spatial extents of the different regions in Figure 1 will vary. For example, the presence of an impermeable layer in the beach aquifer could appreciably affect this conceptual model.
[image: Figure 1]FIGURE 1 | Diagram of a beach aquifer. Adapted from Robinson et al., 2018 and Ruiz-González et al., 2021 (ISC: intertidal saltwater cell).
Beach Aquifers as Biogeochemical Reactors and Important Pathways to the Coastal Ocean
The mixing of freshwater and saltwater in beach aquifer was first described in detail in the landmark work by Lebbe (1981). The interplay between physical and chemical gradients set up by the mixing of seawater and freshwater influences the resultant precipitation of minerals in the beach aquifer (Robinson et al., 2018). Although early works have reviewed the physical characteristics of beach aquifers fairly extensively (Michael et al., 2005; Vandenbohede and Lebbe, 2006), in recent years, geochemical and microbial properties of beach aquifer systems are gaining attention (Kim and Heiss, 2021). Physical characteristics such as terrestrial freshwater hydraulic gradients, waves and tidal inputs of seawater, and general geometry of the region influence the mixing of seawater and freshwater within the beach aquifer (Robinson et al., 2007; Beck et al., 2011; Abarca et al., 2013; Kim and Heiss, 2021). Among chemical characteristics within the beach aquifer (Charette and Sholkovitz, 2002; Charette et al., 2005; McAllister et al., 2015), land-derived freshwater can contribute elevated concentrations of nitrate, phosphate, dissolved silica and organic carbon (Abarca et al., 2013; Kim and Heiss, 2021); on the other hand, infiltrating seawater contributes oxygen, salt, sulfate, and organic matter (Kim and Heiss, 2021). The existence of physical and chemical gradients has been documented in several beaches around the world (Santoro et al., 2008; Beck et al., 2011; Robinson et al., 2018).
Within the beach aquifer, microbially mediated biogeochemical processes break down organic matter (Ahrens et al., 2020) thereby changing the oxidation state and form of nutrients (Santoro et al., 2006; Bone et al., 2007; Kroeger and Charette, 2008; McAllister et al., 2015), trace metals (Charette and Sholkovitz, 2002; Charette et al., 2005), carbon (Dorsett et al., 2011) and oxygen (Heiss et al., 2017). In fact, a wide range of biogeochemical reactions has been documented within beach aquifers (Heiss et al., 2017), including but not limited to nitrification (Ullman et al., 2003), denitrification (Santoro, 2010; Wegner et al., 2018), anammox (Slomp and Van Cappellen, 2004; Kroeger and Charette, 2008; Sáenz et al., 2012), iron oxidation-reduction (Charette and Sholkovitz, 2002; Beck et al., 2011; McAllister et al., 2015), manganese oxidation-reduction (Ahrens et al., 2020), sulfate oxidation-reduction (McAllister et al., 2015), organic carbon degradation (Kroeger and Charette, 2008; Sirois et al., 2018), and methanogenesis (Adyasari et al., 2020). Therefore, the beach aquifer can essentially be viewed as a “biogeochemical reactor” (Anschutz et al., 2009) where mixing of freshwater and saltwater has dramatic effects on microbial elemental cycling (Kroeger and Charette, 2008).
Work to date suggests that the above mentioned biogeochemical processes may modulate the flux of chemicals to the coastal ocean (Boehm et al., 2006; Santos et al., 2009; Kim et al., 2012; Santos et al., 2014; Yang et al., 2015; Robinson et al., 2018; Welch et al., 2019; McKenzie et al., 2020) when coupled to the inflow and outflow of groundwater to and from the beach aquifer as well as oceanic forcing (Kim and Heiss, 2021). Indeed some field studies demonstrate elemental fluxes from submarine groundwater discharge of beach aquifers that are on par with those from large nearby river systems (Moore, 2010).
While it is understood that microbes play a role in these various processes in the beach aquifer, there is a paucity of studies describing the distribution, diversity, and function of microbes there. Further, recent work has highlighted the importance of the interplay of physical and chemical processes in controlling the distribution and transformation of chemicals in the beach aquifer, and their flux to the coastal ocean (Robinson et al., 2018), but similar work exploring the added (and critical) role of microbes is scarce. Therefore, the goal of this study is to review the literature on microbes in the beach aquifer to identify knowledge gaps and future research directions. While this paper was in review, a complementary review by Ruiz-González et al. (2021) on the microbial dimension of submarine groundwater discharge was published.
LITERATURE REVIEW
We conducted literature searches on 23rd December 2020 using the web-of-science search terms [(beach or subterranean estuary) and microorganisms] and [submarine groundwater and beach] to identify published studies that have investigated the beach microbiome, and we also identified seemingly relevant references within those papers. Papers were included if they described the microorganisms in the beach aquifer. We excluded papers that were not specifically carried out in the aquifers of sandy beaches. Papers describing research in tidal flats, intertidal beach sands, subtidal sediments, or impermeable sediments were excluded, as they were not within the scope of this study.
We identified only 12 studies that have investigated the distribution, diversity, or function of microorganisms in the beach aquifer (Figure 2; Table 1). However, we identified a number of papers that examined microbial diversity in subtidal sands (sands consistently bathed in seawater at the bottom of the water column, yet not within the beach aquifer) and in intertidal sands (sands exposed to air at low tide and underwater at high tide, also not within the beach aquifer); we briefly review those papers here, due to their potential relevance to the beach aquifer microbiome given the close proximities of these environments and similar physical characteristics.
[image: Figure 2]FIGURE 2 | Geographic locations of globally sampled beach aquifers. Note - some dots overlap with others (Sources: Santoro et al., 2006; Santoro et al., 2008; McAllister et al., 2015; Ye et al., 2016; Lee et al., 2017; Adyasari et al., 2019; Chen et al., 2019; Jiang et al., 2020; Chen et al., 2020; Adyasari et al., 2020; Degenhardt et al., 2020, Hong et al., 2019).
TABLE 1 | Summary of findings on microbial communities in beach aquifers.
[image: Table 1]In subtidal sands, researchers have identified a diverse group of bacteria capable of many potential metabolic functions (Urakawa et al., 2000; Rusch et al., 2003; Hunter et al., 2006; Sørensen et al., 2007; Mills et al., 2008; Böer et al., 2009; Gaidos et al., 2011; Gobet et al., 2012). They show that despite their low carbon content, subtidal sands could harbor a diverse and robust microbiome. Beck et al. (2011) documented microbial abundance and metabolic rates in sediment cores in a tidal flat to contrast paleo-environmental imprints and modern-day processes.
In intertidal sands, a few studies have characterized the diversity of microbes associated with several potential metabolic functions, as well as potential human pathogens (Yamahara et al., 2007; Cui et al., 2013; Staley and Sadowsky, 2016; Romão et al., 2017). In these studies, the intertidal sands sampled were from a location where one might place a beach towel; many of these studies sought primarily to understand whether human pathogens are present in beach sands.
Below we summarize the 12 papers on microbial distribution, diversity, and function in the beach aquifer. Our summary is guided by the following questions 1) what do we know about the beach aquifer microbiome? 2) what are the biggest challenges for characterizing and reporting microbial communities and associated metabolisms in beach aquifers? and 3) which future research directions warrant attention?
WHAT DO WE KNOW ABOUT THE BEACH AQUIFER MICROBIOME?
Microbial Community Characteristics in the Beach Aquifer
Nine of the 12 studies investigated the microbial community using 16S rRNA amplicon sequencing (Table 2) and these studies found that Proteobacteria dominated all samples. Chloroflexi and Bacteroidetes were the next most dominant phyla. Other documented phyla were Planctomycetes, Acidobacteria, Actinobacteria, Firmicutes, and Vernucomicrobia. Within Proteobacteria, genus-level identification revealed members belonging to Alphaproteobacteria, Betaproteobacteria and Gammaproteobacteria, which varied in proportion among saline groundwater and brackish/fresh well water samples. Less commonly observed were genera belonging to Epsilonproteobacteria and Zetaproteobacteria (only noted in McAllister et al. (2015)). More commonly observed genera were Sphingobium, Pseudoalternomonas, Flavobacterium, Limnohabitans, Rhodobacter, Aquiluna, Pseudomonas, Marinobacterium, and Nitrospira. Although some genera were consistently observed globally, at the species-level, data were not provided in all the publications.
TABLE 2 | Summary of microbial communities in beach aquifers. The organisms listed were extracted from figures and tables provided in the original study, the lists include all the organisms in the study.
[image: Table 2]Four of the 12 studies characterized archaea in the beach aquifer. Santoro et al. (2008) characterized the archaeal community composition in a beach aquifer, focusing specifically on ammonia-oxidizing Thaumarchaeota. Other studies (Chen et al., 2019; Hong et al., 2019; Jiang et al., 2020) characterized the archaeal community composition in addition to the bacterial community composition using amplicon sequencing. Hong et al. (2019) documented Crenarchaeota (60%), Euryarchaeota (30%) as the dominant archaeal phyla and Parvarchaeota as a minor phylum at the study site. Chen et al. (2019) also noted Euryarchaeota as a dominant archaeal phylum, in addition to Bathyarchaeota, Woesearchaeota and Parvarchaeota. Jiang et al. (2020) noted a change in the abundance of Thaumarchaetoa to changing seasons in comparison with the major phylum–Proteobacteria.
Adyasari et al. (2019) documented the first evidence of the distribution of potential pathogens (1%-10% of total microbial community composition recorded) in beach aquifers, with potential implications on the water quality of the coastal ocean. The dominant genera were Vibrio, Prevotella, Staphylococcus, Leptospira, and members of the family Enterobacteriaceae.
To date, there is no evidence for the presence of endemic microbes in beach aquifer systems, although previous work on terrestrial aquifers suggests this may be a strong possibility (Anantharaman et al., 2016).
Functional Characteristics of the Beach Aquifer Microbiome
Five of the twelve studies (Santoro et al., 2006; Santoro et al., 2008; McAllister et al., 2015; Chen et al., 2019; Hong et al., 2019) aimed to provide substantive insights into the functional diversity of microbes in the beach aquifer. Two of those (Santoro et al., 2006; Santoro et al., 2008) investigated microorganisms involved in the nitrogen cycling using quantification and/or sequencing of functional genes involved in denitrification and nitrification, and three (McAllister et al., 2015; Chen et al., 2019; Hong et al., 2019) inferred microbial function from 16S rRNA amplicon sequencing.
Nitrogen cycling was investigated in the beach aquifer extensively by Santoro et al. (2006), Santoro et al. (2008). Santoro et al. (2006) characterized the diversity of denitrifying bacteria by sequencing nirS and nirK nitrite reductase genes (using Sanger sequencing). Little community compositional overlap between sampling sites was observed, suggesting high denitrifier diversity along small spatial scales (<40 m). Santoro et al. (Santoro et al., 2008) investigated the relative diversity and abundance of betaproteobacterial ammonia-oxidizing bacteria (AOB) and ammonia-oxidizing archaea (AOA) in the same beach aquifer using sequencing and quantitative polymerase chain reaction (qPCR) analysis of the functional gene encoding ammonia monooxygenase subunit A (amoA). Interestingly, a clear transition from an AOB-dominated community to an AOA-dominated community was observed as the location of the brackish mixing zone in the beach aquifer shifted seaward with a change in the season. This study also revealed a striking difference in relative bacterial and archaeal amoA gene diversity at all stations and time points. The study demonstrated an intimate link between microbial community composition, physicochemical gradients (e.g., especially salinity), and groundwater hydrology.
A broad suite of microbially mediated elemental cycling in the beach aquifer was investigated by McAllister et al. (2015), Hong et al. (2019), and Chen et al. (2019). McAllister et al. (2015) identified putative iron-cycling microbes (2.5% of the groundwater community) and sulfur-cycling microbes (29% of the groundwater community) based on the metabolic characteristics of the closely related (>98% OTU similarity) microbes documented in literature in other habitats. Hong et al. (2019) inferred metabolic functions (nitrogen, methane, and sulfur metabolism) from classified 16S rRNA OTUs using the bioinformatics program, PICRUSt (Phylogenetic Investigation of Communities by Reconstruction of Unobserved States), along a redox gradient in the beach aquifer. Their results indicated the presence of an erobic-anaerobic transition zone where microbial diversity was the highest. Chen et al. (2019) also noted the dominance of the archaeal phylum Bathyarchaeota, which may play a significant role in anaerobic carbon metabolism in groundwater.
Linkages Between Environmental Factors and Microbial Community Composition in the Beach Aquifer
Among the 12 papers, authors investigate associations between the microbial community and various physical (temperature, size fraction, sediment lithology and sample retrieval depth) and chemical properties (pH, salinity, concentrations of dissolved oxygen, nitrogen, phosphorous, iron, silica, sulfur, and carbon) of the sampling location (summarized in Table 3).
TABLE 3 | Relationships between beach aquifer microbiota and environmental parameters (Empty grey cells refer to measured environmental data, Grey cells with “X” indicates authors reported, statistically significant relationship between microbiome community composition and the environmental parameter; Empty white cells indicate parameters that were not measured by a given study. DO = dissolved oxygen, Temp = Temperature, ORP = Oxidation-Reduction Potential, Size fraction = Chen et al. (2019) was the only study that used cellulose acetate filters to generate two size fractions: 0.2–0.45 µm and >0.45 µm and study its relationship with the environment, N = nitrogen concentration, P = phosphorous concentration, C = carbon concentration, Fe = iron concentration, S = sulfide concentration, Si = silicate concentration).
[image: Table 3]Among the physical properties, authors presented evidence of links between the microbial community and sample retrieval depth from surface (Hong et al., 2019), size fraction (Chen et al., 2019), sediment lithology (Adyasari et al., 2020) and temperature (Santoro et al., 2006; Lee et al., 2017; Adyasari et al., 2019; Jiang et al., 2020). Temperature was the most commonly investigated physical parameter. Adyasari et al. (2019) found that temperature explained the patterns of microbial diversity. Lee et al. (2017) also observed a significant positive correlation between microbial community composition and temperature measurements, but only for groundwater samples collected at low tide. Although Santoro et al. (2006) measured temperature in the groundwater samples, selection for microbial communities and nitrogen cycling genes based on this variable was not apparent. Temperature might also be linked to other environmental parameters such as subsurface salinity gradients (Geng et al., 2016). Complementarily, Jiang et al. (2020) observed a link between sediment microbial activity and carbon transformations in groundwater samples with higher temperatures.
Among the chemical properties, which were more extensively investigated compared to the physical properties, two of the most commonly reported factors that affected the composition of the microbiome were salinity and oxygen. Eight of the 12 studies (Table 3) reported a significant relationship between salinity and microbial community composition. Contrastingly, Degenhardt et al. (2020) did not observe a correlation between microbial community composition and salinity gradients in the aquifer of a sandy high-energy beach in Spiekeroog Island. Hong et al. (2019) also did not observe clear patterns of bacterial or archaeal community shifts with variation in salinity. Chen et al. (2019) and Jiang et al. (2020) measured salinity, but neither study reported any significant relationships with microbes within the beach aquifer systems. In this case, salinity could be tightly linked to other environmental parameters such as concentration of organic matter, temperature, and pH (Rath et al., 2019). For example, when salinity decreases, it promotes the adsorption of dissolved organic carbon to sediment and may cause a reduction in groundwater dissolved organic carbon concentration (Setia et al., 2013; Jiang et al., 2020). Contrastingly, when salinity increases, groundwater dissolved organic carbon concentration may increase (Setia et al., 2013; Jiang et al., 2020).
Six of the 12 studies (Table 3) concluded that dissolved oxygen plays a vital role in regulating microbial distribution and function. Three studies highlighted the importance of dissolved oxygen in governing the distribution of bacterial communities (Santoro et al., 2008; McAllister et al., 2015; Degenhardt et al., 2020). One study (Hong et al., 2019) showed a dissolved oxygen profile drove the distribution of distinct erobic microbial groups (Gammaproteobacteria, Betaproteobacteria, Acidobacteria, Flavobacteria, Thaumarchaeta) and anaerobic microbial groups (sulfate-reducing bacteria, methanogenic archaea). Adyasari et al. (2020) also observed changes in microbial community composition with oxygen distribution. Lastly, Lee et al. (2017) showed that microbial community composition was significantly correlated to dissolved oxygen concentration, but only in samples collected at high tide.
WHAT ARE THE BIGGEST KNOWLEDGE GAPS AND DATA NEEDS FOR CHARACTERIZING AND REPORTING MICROBIAL COMMUNITIES AND ASSOCIATED METABOLISMS IN BEACH AQUIFERS?
Lawton (1999) stated “although details of single organisms matter and are of great interest, ecologists would profit most from uncovering underlying patterns, rules and laws”. Beach aquifers are vulnerable global hotspots for microbe-mediated biogeochemical cycling. Yet, there are limited studies to-date that characterize the microbial community (“who is there?”) in the beach aquifer. Questions that remain unanswered are “what are they doing there?” and “how did they get there?” Further, biogeochemical cycling estimates in beach aquifers remain fragmented. Therefore, the biggest challenge is the lack of data on the controls of the beach aquifer microbiome, or the “rules of life” of this environment. For the purpose of this study, we have identified knowledge gaps informed by our review and highlight corresponding data needs that warrant attention for future research.
Going Beyond Community Characteristics
Although the 12 studies identified in our review are extremely valuable, there is plenty of room for further investigation into the “potential function” of the microbiome using metagenomics (where the total community DNA is sequenced) and the “actual function” (or “expressional activity”) of the microbiome using metatranscriptomics (where the total community mRNA is sequenced). Recently, Anantharaman et al. (2016) applied metagenomic sequencing, assembly, and binning approaches to examine the genetic and metabolic potential of sediment and groundwater bacteria and archaea within a shallow aquifer near the Colorado River. Results demonstrating tremendous novelty in the aquifer system highlight the potential of this approach for biological discovery in subsurface beach aquifers as well. Moran et al. (2013) argued that instantaneous inventories of mRNA can be highly informative about ecologically relevant processes. When metagenomics is coupled with metatranscriptomics, these approaches can advance beach aquifer microbial diversity/function research.
Complexities in Sampling
Among the studies identified in our review, there was considerable variability in the sample type, sampling method, frequency, depth, location, and storage. First, the studies reviewed undertook sampling at different points along the shoreline (defined as mean sea level). Most samples were collected within ±50 m from the shoreline. Only a few studies sampled beyond ±100 m from the shoreline (Ye et al., 2016; Chen et al., 2019; Degenhardt et al., 2020). Second, several types of samples were collected for microbial community analysis with varying terminologies–e.g., well water, groundwater, pore water, sediment. Well water, groundwater, and pore water represent water collected from within the porous media of the beach aquifer which we refer to as “groundwater” here. Third, samples were collected at varying depths beneath the surface of the sand. Often, when sediment cores were used to sample sediment, water adjacent to the sediment core was also sampled at varying depths. Sediment cores were usually 100 cm in length, except in Jiang et al. (2020) where they were 22 cm in length. Groundwater was extracted from anywhere between 0 cm and 3600 cm below the sand surface and were obtained using push-point piezometers and peristaltic pumps or pre-rinsed polyethylene syringes (Charette and Allen, 2006), except one study that used an in-situ profiler (0–20 cm) (Ibánhez et al., 2011). Fourth, the frequency of sampling varied–from hourly to weekly and monthly. Finally, once collected, samples were stored at −20°C (Ye et al., 2016; Adyasari et al., 2019; Chen et al., 2020; Degenhardt et al., 2020; Jiang et al., 2020), or −80°C (Santoro et al., 2006; Santoro et al., 2008; McAllister et al., 2015; Chen et al., 2019; Hong et al., 2019) or −70°C (Lee et al., 2017) for downstream analysis.
Free-Living Versus Attached Microbes in Beach Aquifer Systems
Among the papers we reviewed, the microbial ecology of the beach aquifers targeted prokaryotes in both groundwater (free-living) and sediments (attached). However, to date there are no direct comparisons between the free-living and attached microbial communities documented in coastal aquifer systems (Ruiz-Gonzalez et al., 2021). Specifically, no study has directly compared groundwater and sediment microbial communities in beach aquifer systems. Some works did report differences in the microbial communities with changes in particle size fraction (for example: Chen et al., 2019). Therefore, addressing the difference in the microbial diversity of suspended versus attached communities will form an important part of future microbiome research in beach aquifer systems.
Variability in Analytical Methods
The papers we reviewed relied heavily on 16S rRNA gene amplicon sequencing. Downstream analysis for microbial community composition and functional characteristics consistently targeted the hypervariable V4-V5 region of the 16S rRNA gene on the MiSeq Illumina sequencing platform, except McAllister et al. (2015) and Lee et al. (2017), which adopted tagged pyrosequencing of the V1-V3 region. However, the fusion-primers targeting the regions were different among the papers reviewed. We observed consistency in the usage of forward primers (515F: (Ye et al., 2016; Adyasari et al., 2019; Chen et al., 2019; Hong et al., 2019; Chen et al., 2020). However, the same studies used different reverse primers (926R–(Adyasari et al., 2019, 2020); 907R–(Ye et al., 2016; Chen et al., 2019, 2020); 541R–(Lee et al., 2017); 806R–(Hong et al., 2019)). Degenhardt et al. (Degenhardt et al., 2020) used a unique set of forward and reverse primers as per Klindworth et al. (2013). Overall, this variability in the primers and variable regions used for 16S rRNA amplicon sequencing makes comparisons across studies (and field sites) challenging. To date, no published studies have used metagenomics or metatranscriptomics to characterize the beach aquifer microbiome. Such studies have the potential to yield extremely valuable and unprecedented information on the metabolic functions of microbes in the beach aquifer, rather than relying solely on inferences made using 16S rRNA gene amplicon sequencing.
Metadata Reporting
Metadata reporting, including site description, access to the sediment, and relevant properties of the beach aquifer system, were fragmented or inconsistent across many of the studies identified in our review. For instance, not all studies report groundwater flow rate and/or velocity, and properties of the sand (such as texture, grain size) were often not mentioned. In cases where sediments are not homogenous and contain iron-containing minerals, it might not be possible to isolate the effect of groundwater chemistry on the microbiome, since sediment mineral composition co-varies with groundwater chemistry (Luo et al., 2018). Detailed sediment and site characterization can help document potential confounding effects.
Taxonomic Levels of Classification of Microbial Data
Some studies have chosen to report microbial community data only at the phylum or class level. While this provides high-level details regarding microbiome composition of beach aquifers, in the future, whenever possible it will be important to document evidence at the genus and/or species level to provide more insight into the function of microbiome. For example, there is increasing evidence to suggest the presence of aquifer microbes that are distinct from other microbes found in sediments or surface waters (e.g., iron-cycling, sulfur-cycling microbes; (Anantharaman et al., 2016; Probst et al., 2017; Probst et al., 2018; Kadnikov et al., 2020). Yet, it continues to remain unclear as to whether these differences are apparent at the genus and/or species level, as studies often report data at higher taxonomic levels of classification. Moreover, some phyla (e.g., Proteobacteria) are known to be extremely diverse with numerous members when compared to other phyla. Therefore, phylum-level classification may not provide a fine enough description of the community composition.
Microbial Transport Within the Beach Aquifer
It is likely that the microbiome is readily transported with water as it moves over wave-, tidal- and seasonal time scales through the beach aquifer. To date, experiments on microbial transport in the subsurface have focused primarily on the movement of pathogens in relation to the protection of water resources (de Sieyes et al., 2016). Boehm et al. (2014) tested whether the microbiome can be transported from seawater through unsaturated, intertidal sands and the vadose or unsaturated zone to the aquifer. While the groundwater surrounding the sediment may contain the same microorganisms as the sediment (suggesting a constant exchange of microbes between the sediment and groundwater), this does not mean that microorganisms in the groundwater can be readily transported through the subsurface. Surface-surface interactions caused by electrostatic, hydrophobic, and steric forces between sediments and microorganisms, or straining, may impede their transport through the porous media and cause their transport to be retarded (Bradford et al., 2002; Bradford et al., 2003; Bradford et al., 2013). Therefore, even if there is exchange of microbes between sediment and groundwater, this does not imply microbial transport can occur. Indeed, investigation into the potential for immigration of microbes between different regions (via transport through sands and adaptations to changes in groundwater chemistry) in the beach aquifer is required to understand the mechanisms controlling microbial structure.
Quantifying Rates of Elemental Cycling Within Beach Aquifer Systems
Data on the rates of key microbially mediated biogeochemical processes (e.g., nitrification/denitrification) in beach aquifer systems is lacking. For example, denitrification (the transformation of nitrate to nitrogen gas) in the beach aquifer is vital to reduce the nitrogen load in groundwater that gets discharged to the coastal ocean (Galloway et al., 2003). Organic carbon mineralization is tightly linked to nitrate-rich freshwater denitrification (Anschutz et al., 2009) and quantifying the reduction of sulfate to sulfide is also important, as sulfur cycling is closely linked to nitrogen cycling (Heiss et al., 2017). Therefore, nuances of the reactive and dynamic nature of the beach aquifer (quantitative measurements of rates of elemental cycling) in the context of its microbial diversity needs further investigation.
Beach Aquifers and the Global Carbon Budget
One of the emergent issues in beach aquifers is the behavior and lability of terrestrially derived dissolved organic matter, as well as the source-sink dynamics of carbon (Waska et al., 2021). In a thorough review on groundwater, Griebler and Lueders (2009) highlighted the important association between microbial communities and dissolved organic carbon as a driver of free-living versus attached communities in addition to other variables such as the availability of nutrients, sediment grain size and minerology. Further, Dittmar et al. (2001) noted that subsurface fluxes of organic matter are significant, yet quantitative estimates of transformations of organic matter through microbially mediated cycling need further investigation. This highlights the importance of beach aquifers as potential sources of organic and inorganic carbon and their need to be incorporated into global climate system models. It is possible that investigating carbon cycling in beach aquifers can potentially alter the global estimates of CO2 outgassing to the atmosphere, as current budgets underestimate the flux of CO2 from groundwater to the atmosphere (Ward et al., 2017).
CONCLUSION
Although there has been advancement in the knowledge and understanding of beach aquifer systems, there is presently a paucity of data on the beach aquifer microbiome. The mechanisms that control the beach aquifer microbiome or the “rules of life” for this environment need attention. Specifically, the extent to which the environment (groundwater chemistry, sediment characteristics) controls the beach aquifer system and the ability of the microbiome present naturally in the beach sediments to be transported to other locations in the aquifer remains largely unknown. Beach aquifer microbiome research will directly benefit society by furthering the understanding of the ecosystem services provided by beaches in terms of biogeochemical cycling. As beaches are threatened by changing environmental conditions such as sea-level rise, this information is essential to anticipate the overall contribution of beaches to biogeochemical cycling on the planet.
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Subterranean estuaries (STEs) play an important role in linking nutrient cycling between marine and terrestrial systems. As being the primary drivers of nutrient cycling, the composition of microbial communities and their adaptation toward both, terrestrial and marine conditions are of special interest. While bacterial communities of STEs have received increasing scientific attention, archaeal and meiofaunal diversity was mostly neglected. Previous studies at the investigated sampling site, the STE of a mesotidal beach at the German North Sea island of Spiekeroog, focused on spatial and seasonal patterns of geochemical and bacterial diversity. By additionally investigating the archaeal and meiofaunal diversity and distribution, we now aimed to fill this gap of knowledge to understand the microbial response to submarine groundwater discharge (SGD). The topography of Spiekeroog beach and associated geochemical gradients in porewater displayed a distinct cross-shore zonation, with seawater infiltration on the upper beach at the high water line (HWL), and saline and brackish porewater exfiltration (SGD) at the ridge-runnel structure and the low water line (LWL) on the lower beach. This led to a higher evenness of prokaryotic communities in lower beach areas impacted by SGD compared to unimpacted areas. Archaea contributed 1–4% to the 16S rRNA gene sequence dataset. Those were dominated by Nitrosopumilaceae, corresponding well to higher concentrations of NH4+ in the discharge area of the STE. The unimpacted sites had elevated abundances of Wosearchaeia, which were also detected previously in impacted areas of an STE at Mobile Bay (Gulf of Mexico). While a large proportion of prokaryotes were present in the entire intertidal area, meiofaunal community compositions were site specific and dominated by nematodes. Nematode communities of the high-water line differed distinctively from the other sites. Overall, our data indicates that the three domains of life display distinctly different adaptations when facing the same conditions within the STE. Therefore, distribution patterns of any domain can only be understood if all of them, together with basic environmental information are investigated in an integrated context.
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INTRODUCTION

Sandy beaches are highly permeable, advection driven systems (Anschutz et al., 2009), receiving labile organic matter (OM), oxygen, sulfate (Huettel et al., 2014) and seasonally nitrate (Ahrens et al., 2020) by seawater infiltration. Therefore, beaches have been compared to bioreactors exhibiting high microbial activity, despite their relatively low OM content (Anschutz et al., 2009). An extreme example are high energy beaches, which are prone to strong physical forcing by waves and tides, enhancing the recharge of nutrients and substrates to deeper sediment depths. This increases the magnitude of exchange between sediments and the coastal ocean compared to less permeable sediments, or those with a lower energy input (Webster and Taylor, 1992; Reckhardt et al., 2015). Additionally, constant sediment reallocation prevents stable biogeochemical conditions, resulting in a weaker redox zonation than usually observed along the depth profile of marine sediments (Froelich et al., 1979).

Another process impacting the redox zonation of coastal sediments around the globe is submarine groundwater discharge (SGD) (Moore, 1996; Paerl, 1997; Santos et al., 2009; Rodellas et al., 2014; Anschutz et al., 2016; Cho et al., 2018). SGD introduces fresh meteoric groundwater as well as recirculated sea water into the marine sediments, lowering the salinity and introducing reduced chemical compounds like ammonium and dissolved iron (Moore et al., 2008; Kwon et al., 2014). These compounds are either re-oxidized along the flow path or discharged into the coastal ocean (Riedel et al., 2011; Reckhardt et al., 2015; Beck et al., 2017; Kim et al., 2017). The outflow marks the discharge area of the so called subterranean estuary (STE) which exhibits a horizontal redox zonation toward the low water line (Moore, 1999). The constant resupply of oxygen and labile OM from the ocean in combination with a steady supply of reduced chemicals by SGD creates niches for many microorganisms. Thus, mixing of terrestrial and marine constituents within the STE leads to elevated microbial activities (Anschutz et al., 2009; Gao et al., 2012; Charbonnier et al., 2013) and result in physiological diversity maxima in the oxic-anoxic transition zone (Hong et al., 2018).

Several microbiological studies have been conducted on sandy beaches from regional (Boehm et al., 2014) to global scales (Staley and Sadowsky, 2016), detecting a cosmopolitan core within the bacterial communities of sandy beaches. Site specific studies on bacterial diversity in sandy STE’s reported contrasting findings mostly caused by differences in the physical energy input. On the one hand, STE’s discharging at low energy beaches exhibit horizontal redox zonation with bacterial communities adapted to the different zones (McAllister et al., 2015). On the other hand, at high energy beaches, this zonation is constantly disrupted and thus pronounced weaker. Most likely, this physical reworking also overprints visible effects of SGD on the bacterial communities. In our previous study on the bacterial diversity at the high energy beach of Spiekeroog Island (Northern Germany), we have shown that these dynamics appear to result in bacterial communities of adapted generalists (Degenhardt et al., 2020).

Except for a recent study by Adyasari et al. (2020), almost all previous investigations focused on bacterial communities of sandy beaches and STEs, neglecting archaeal diversity. In the last decade, knowledge about archaeal diversity was greatly enhanced by cultivation independent techniques like single-amplified genomes (SAG) or metagenomics (Brochier-Armanet et al., 2011; Rinke et al., 2013). Ecological studies started to shed light on distribution patterns (Auguet et al., 2010; Hugoni et al., 2015; MacLeod et al., 2019), yet knowledge about the ecological roles of most Archaea remains scarce (Meng et al., 2014; Castelle et al., 2015). Aquatic Archaea are known from a wide variety of habitats like costal (Rios-Del Toro et al., 2018) and deep sea sediments (Lloyd et al., 2013), freshwater (Ortiz-Alvarez and Casamayor, 2016) and pelagic environments (Karner et al., 2001). In most benthic environments, they are less abundant than bacteria, yet their numbers seem to increase with sediment depth (Lipp et al., 2008). Physiologically, they are known for their role in processes like methanogenesis (Thauer et al., 2008) but also in ammonia oxidation (Könneke et al., 2005), anaerobic ammonia oxidation (Rios-Del Toro et al., 2018), or anaerobic oxidation of methane (Boetius et al., 2000). Their involvement in the nitrogen cycle and elevated abundances in oxygen minimum zones (Rios-Del Toro et al., 2018; Muck et al., 2019) might make them important players at the oxic-anoxic interface of STE’s. Information on archaeal diversity of Spiekeroog beach will broaden the knowledge about their role in shaping biogeochemical processes within the STE and the intertidal area of a high energy beach.

Another often overlooked fraction of interstitial life are eukaryotes belonging to the so called meiofauna, which is one of the most diverse group of small organisms, unicellular protists and multicellular metazoans that live in aquatic sediments (Giere, 2009). Meiofauna is a collective name for organisms of 20 different phyla that pass through a 1 mm mesh sieve and are retained in a 32 μm sieve. Inhabiting various marine, brackish and freshwater environments (Higgins and Thiel, 1988; Giere, 2009), they are the most suitable candidates in terms of monitoring ecological changes (Zeppilli et al., 2014) and serve as indicators for environmental variabilities (Jessup et al., 2004; Nascimento et al., 2012; Bonaglia et al., 2014). Limited body size and mobility make those organisms very susceptible to changes in sediment and porewater biochemistry, which may influence their abundance and diversity (Kennedy and Jacoby, 1999). The majority of meiobenthic communities in most marine habitats consists of nematodes and harpacticoid copepods (Gallucci et al., 2012; Losi et al., 2013; Semprucci et al., 2015). Their communities are uniquely sensitive to temperature, pH, dissolved oxygen, redox potential and heavy metal content of the sediment matrix (Moreno et al., 2011; Vanaverbeke et al., 2011; Meadows et al., 2015). Thus, nematodes have been identified as indicators of environmental pollution and dynamic changes in marine systems (Losi et al., 2013; Semprucci et al., 2015). They were frequently reported by both, morphological and molecular studies, as the most abundant taxa among marine meiobenthos communities followed by harpacticoids (Huys et al., 1992; Karanovic and Cooper, 2012; Zeppilli et al., 2015; de Faria et al., 2018). Despite their importance, meiofauna were included only recently into ecosystem functioning investigations, due to difficulties arising from the small size of the examined animals. This limits differentiation on the species level to a few highly skilled taxonomists (Huys, 1996). Furthermore, due to their high abundance and diversity, working through each sample is very time-consuming, making a high sample throughput difficult. Additionally, high-throughput sequencing techniques for meiofauna have only emerged in the past few years and lack behind on respective studies on prokaryotic diversity (Taberlet et al., 2012; Haenel et al., 2017).

As SGD shapes the physical environment by altering (i) grain size distribution of bottom sediments and (ii) altering the vertical position of redox and pH gradients, it affects the distribution of meiofauna within the sediments (Miller and Ullman, 2004; Zipperle and Reise, 2005). However, investigations of SGD-affected areas have shown variable community responses with regards to of diversity and abundance. Studies from the coast of France and Portugal e.g., found no impact of SGD on meiofaunal abundance (Ouisse et al., 2011), but enhanced metabolism (Migné et al., 2011) and increased diversity (Encarnação et al., 2013). Contrastingly, in a study from the Polish coast lower abundances were found in areas influenced by SGD as well as distinctively different communities between affected and unaffected sites (Kotwicki et al., 2014). In an investigation at the coast of Long Island, a lower diversity among nematode genera was detected at impacted sites compared to a generally higher diversity in areas unimpacted by SGD (Grzelak et al., 2018). Overall, these studies show that SGD does influence meiofaunal community structure, yet in different ways depending on the characteristics of the respective sites. However, all abovementioned studies from SGD affected areas were based on morphological investigations, while no molecular studies are available, yet.

In the present study, we attempt to cover the entire microbial diversity in the discharge area of a shallow STE and to unravel putative interactions between all three domains of life. The study site is located at Spiekeroog Island, which harbors a freshwater lens that fuels the STE. The discharge area at Spiekeroog beach has previously been subject of intensive multidisciplinary research (Beck et al., 2017; Waska et al., 2019b; Degenhardt et al., 2020; Grünenbaum et al., 2020a,b). Investigations on its hydrogeology, porewater geochemistry and bacterial diversity gave a solid insight into the coupling of benthic processes. The strongest gradients of porewater chemistry within the discharge area of the STE were found in cross-shore direction (Waska et al., 2019b). The whole discharge area of the beach was divided into multiple zones of pore water in- and exfiltration which were not fixed in position throughout the year. The high water line (HWL) and the low water line (LWL) were physico-chemically most distinct, likely due to relatively stable in- and exfiltrating conditions. The zones in between showed strong spatial and temporal heterogeneity, possibly due to extensive morphological changes of the beach, which in turn influenced their hydrochemistry (Waska et al., 2019b). Seasonal variations of seawater constituents were found to influence the pathways of bacterial organic matter degradation (Ahrens et al., 2020). During colder seasons, porewater conditions within the STE were predominantly oxic or nitrate reducing and shifted to manganese and iron reduction during warmer seasons. As a result, the discharge area changed from a dissolved inorganic nitrogen (DIN) sink in spring to a source in late summer. Bacterial communities within those sediments were shown to be highly uniform down to a depth of 1 m and over the whole intertidal area (Degenhardt et al., 2020). Since this was observable throughout the year, this assemblage has been dubbed the bacterial core community of the investigated sediments.

Based on these findings, we revisited Spiekeroog beach in March 2019 and sampled the same cross-shore transect as investigated previously (Waska et al., 2019b; Ahrens et al., 2020; Degenhardt et al., 2020), in order to fill the knowledge gaps on the entire microbial diversity. We hypothesize that (i) there is a large archaeal and meiofaunal core community and (ii) the conditions in the discharge area of the STE favor the presence of those Archaea involved in nitrogen cycling. We further hypothesize that (iii) the harsh high-energy conditions at Spiekeroog beach result in a nematode dominated community over a copepod dominated community. In general, our investigation will enhance the understanding of correlations between all three microbial domains within the intertidal area.



METHODS


Site Description

The Island of Spiekeroog is part of the East Frisian Barrier Island chain located in the German North Sea, with the Wadden Sea in its back barrier region. The island harbors a freshwater lens, which is formed by rain and separated from the surrounding sea water by a density gradient. The freshwater lens partially discharges through a subterranean estuary within the intertidal area along the northern shore of the island. This intertidal area is located on a sandy, mesotidal, high energy beach with a runnel-ridge system. A schematic of the investigated area is shown in the supplements (Supplementary Figure 1). The runnel-ridge system is not stationary but frequently relocated within the intertidal area due to wind and wave action. Areas above the mean sea-level are characterized as sea-water infiltration zones, while areas below the sea level are net discharge areas of the STE (Grünenbaum et al., 2020a). Due to the aforementioned strong morphodynamics, these in- and exfiltration areas are not static and the discharge is more diffusive than observed for other STEs. Detailed descriptions of hydrogeochemistry (Beck et al., 2017; Waska et al., 2019b; Grünenbaum et al., 2020a,b), geochemistry (Ahrens et al., 2020) and bacterial diversity (Degenhardt et al., 2020) can be found in previous studies investigating the Spiekeroog STE.



Sediment Sampling

Samples were collected in March 2019 at the North beach of Spiekeroog Island. Sediment cores were recovered with aluminum core liners (80 mm diameter) along a transect between the high- and low water line. Four cores were taken along the transect at the specific topographical features: the HWL, runnel, ridge and LWL. The cores were subsampled for prokaryotic diversity analyses at 0–2, 10–12, 30–32, 50–52, and 100–102 cm depth using sterile cut-off syringes. The different depths will be referred hereafter as 0, 10, 30, 50, and 100 cm. Samples were stored frozen at −20°C until further processing. Meiofauna was sampled individually by transferring sediments of the upper 10 cm taken in close vicinity of the long sediment cores into plastic containers. Five replicates were fixed with ethanol, another five were fixed with a solution containing dimethyl sulfoxide, disodium EDTA, and saturated NaCl (DESS) (Yoder et al., 2006). The ethanol fixed samples were re-fixed after 12 h and all samples were stored at 4°C until further processing.

Porewater samples were obtained by using stainless steel push-point samplers and pre-rinsed polyethylene syringes, and were processed according to Ahrens et al. (2020) for NO3–, NO2–, NH4+, Fe, and Si. PO43– was determined photometrically, following the methods of Itaya and Ui (1966) for samples with concentrations below 2.1 μM and Laskov et al. (2007) for samples exceeding 2.1 μM PO43–. DOC samples were treated and processed according to Waska et al. (2019a).

In order to extract the meiofauna, sediment samples were sieved through a 32 μm sieve and centrifuged using Kaolin and Levasil (Kurt Obermeier GmbH & Co., KG, Bad Berleburg, Germany) following McIntyre and Warwick (1984). A total number of 150 nematode specimens (when available) were sorted out from each meiofauna sample in one separate vial for each sample. In case of samples with less than 150 specimens, all nematodes were taken into account. The remaining meiofauna was filtered using glass filters (1.6 μm particle size). Ethanol was used to wash the extracted meiofauna from DESS residues. The filters (containing meiofauna) were dried using a speed-vacuum system for 1 h at 45°C and stored in a sterile 1.5 ml Eppendorf mini-tube for DNA extraction.



DNA-Extraction, Amplification, and Sequencing

Genomic DNA for prokaryotic samples was extracted by using a modified phenol-chloroform protocol (Gabor et al., 2003; Lueders et al., 2004). A one step PCR attaching Illumina adaptors and barcodes was performed in 50 μl setups. The master mix contained 34.4 μl PCR grade water, 10 μl Phusion-Polymerase Buffer, 0.75 μl (10 pmol/μl) of each primer published by Parada et al. (2016) 0.2 μL MgCl2 (50 mM), 1 μl BSA (25 mg/ml), 0.4 μl dNTPs (10 mM each) and 0.5 μl Phusion Polymerase (1 U/μl) per reaction. Reactions were performed in 96 well plates (Eppendorf) using 2 μl template. Cycler settings included an activation step at 98°C for 1 min, followed by 32 cycles of denaturation at 98°C or 45 s, annealing at 50°C for 45 s, elongation at 72°C for 30 s and a final elongation step at 72°C for 5 min.

DNA extraction from meiofauna and nematode samples was carried out using the E.Z.N.A.® Mollusc DNA Kit (Omega BIO-TEK) following their protocol. The genomic DNA was eluted in 100 μl of nuclease-free water for each library (sample). Two PCRs were performed to amplify the V1 and V2 hypervariable regions of the 18S rRNA from each meiofauna and nematode library and bind the Illumina Unique Dual Nextera XT Indexes and compatible adapters. The first PCR was performed using the SSU universal primers F04 and R22 (Blaxter et al., 1998) tagged by the first part of the Illumina adapters in total volume of 20 μl containing 10 μl of Phusion Green Hot Start II High-Fidelity PCR Master Mix (ThermoFisher), 0.5 μl of each primer (10 pmol/μl), 2 μl of genomic DNA and 7 μl of molecular grade water. Cycler settings for the first PCR encompassed an initial denaturation step at 98°C for 2 min, 20 cycles of denaturation at 98°C for 15 s, annealing at 60°C for 30 s, elongation at 72°C for 30 s and a final elongation at 72°C for 2 min. Five microliter of the first PCR products were purified using 2 μl of ExoSAP-IT PCR Product Cleanup Reagent (ThermoFisher). A two-step PCR was carried out to bind the Nextera XT Indexes and Illumina adapter overhang according to Illumina 16S Metagenomic Sequencing Library Preparation guide (15044223Rev.B), using 7 μl of DNA template (purified first PCR product), 10 μl of Phusion Green Hot Start II High-Fidelity PCR Master Mix, 1 μl of molecular grade water and 1 μl of each index primers from Nextera XT Indexes. The cycler setting contained an initial denaturation step at 98°C for 2 min, 15 cycles of denaturation at 98°C for 15 s, annealing and elongation at 72°C for 35 s, and a final elongation at 72°C for 2 min. The PCR products were checked on a 1.5% agarose gel containing 1% GelRed to check the amplification and target fragment length. Two to ten microliter of the 2nd PCR products have been pooled into one Eppendorf tube and purified using AMPure XP Beads for PCR Purification (Beckman Coulter) in the volume of 60%. The pooled library was denatured and 20% PhiX control was added before performing a test run using the MiSeq Reagent Nanokit v2 (150-cycles paired end), and a final sequencing run with the MiSeq Reagent kit v3 (300-cycles paired end). Sequencing was performed at the DZMB Metabarcoding lab in Wilhelmshaven (Germany) on an Illumina MiSeq platform. The sequences were deposited at the European Nucleotide Archive under the accession number PRJEB42988.



Bioinformatics and Statistical Analysis of Prokaryotic Sequence Data

Prokaryotic 16S rRNA gene sequences were processed according to the pipeline of Yeh et al. (2019). First, primers were trimmed from reads using cutadapt and all reads missing forward or reverse primer sequences were discarded. The error threshold within the primer sequence was set to 20% to account for mismatches to the primers, primer sequences including higher error rates were discarded. Trimmed reads were matched against a curated 16S/18S database originating from SILVA132 (Quast et al., 2013) and PR2 (Guillou et al., 2013). Eukaryotic sequences were discarded.

All 16S rRNA gene sequences were further processed using QIIME2 (Bolyen et al., 2019) and its q2-dada2 plugin. Low quality ends of the reads were removed and denoised using DADA2 (Callahan et al., 2016). After removal of chimeric reads, prokaryotic sequences were classified using the classify-sklearn plugin of QIIME2 against a curated SILVA132 database, which was fitted to the V4-V5 primer region. Plastidal sequences were reclassified using the PhytoRef database (Decelle et al., 2015). Finally, count tables were exported from QIIME for further statistical analysis. To account for erroneous sequences, amplicon sequence variants (ASVs) were filtered according to Milici et al. (2016): Only those ASVs that had an abundance of >0.001% within the complete dataset and (i) were present in relative abundance of >1% in at least one sample or (ii) had an abundance of >0.1% within a sample in at least 2% of all samples or (iii) were present in >5% of all samples in any abundance were kept. This strict abundance filter was mainly used because DADA2 retained lots of very rare sequences that inflated the amount of ASVs found in each sample. All further analyses were based on this dataset. Samples were rarefied to 14,885 counts for alpha-diversity analyses, which was the lowest count number found among all samples. Barplots were drawn with an abundance threshold of 0.5% by which groups were sorted into “others.” Principal coordinate analysis (PCoA) was performed using Bray-Curtis transformed community distances. Venn-Diagrams were used to show the separation of ASV richness between locations. All analyses were done using R statistical software (R Core Team, 2019) and its package vegan (Oksanen et al., 2019).



Bioinformatics and Statistical Analysis of Eukaryotic Sequence Data

The NGS reads were demultiplexed by indexes and trimmed from the sequencing primers prior to analyses using BBmap. The DADA2 pipeline (Callahan et al., 2016), a divisive amplicon de-noising algorithm for correcting Illumina errors, was used to analyze the sequence reads from meiofauna and nematode libraries in which the Illumina reads were de-noised based on the error rate of the data. They were filtered by length and quality scores, chimera detected and de-replicated to high resolution ASVs. The ASVs were further processed using a custom script (SGN Metabarcoding pipeline) where all sequences shorter than 320 bp were eliminated and each ASV was blasted against the database NCBI in which the 10 best blast hits were retrieved and pooled with our own 18S reference library (available from DNA barcode archive of the DZMB institute). This merged dataset was used as final blast database to assign the best and closest taxonomical assignment to each ASV. The ASV table containing taxonomical assignments, percentage identities, query coverage and number of reads per library were analyzed using a custom post-processing script Dada2pp implemented in the R statistical software and by using the vegan package for eliminating contaminations, short or non-target sequences, determining target meiofaunal groups and detailed diversity analyses and comparisons. Above mentioned analyses were performed on nematode sequence libraries at the genus level.



RESULTS

A total of 20 sediment samples from four designated stations of the intertidal area of the North beach of Spiekeroog Island were analyzed to identify the bacterial and archaeal diversity by next generation sequencing (NGS). Those were taken in cross-shore direction at the HWL, the runnel, ridge and the LWL at five different depths (0, 10, 30, 50, and 100 cm). Additionally, shorter cores (0–10 cm) were taken in five replicates at each location to investigate meiofaunal diversity. As microscopic investigation revealed the dominance of nematodes within the meiofaunal community, those were analyzed separately.


Porewater Geochemistry of the Beach

The discharge areas of the Spiekeroog beach STE were marked by brackish salinities at the ridge and the LWL (Figure 1). This was complemented by elevated concentrations in total dissolved nitrogen (TDN), NH4+, PO43–, Si and Mn at the LWL in comparison to the other sampling sites. Additionally, porewaters from deeper sediment depths of the ridge (30 and 100 cm) had elevated concentrations of Fe(II), indicating reducing conditions. Porewaters from the LWL and the HWL were generally low in Fe(II), as well as in NO3– and NO2–. The shallow porewaters from the runnel (0 and 10 cm) were characterized by higher amounts of NO3– and slightly elevated concentrations of DOC in comparison to the other sites. This can be interpreted as a sign for infiltrating conditions. Since some sediments were too dry to obtain porewaters for the respective analyses, they were marked by gray bars in the heatmap (Figure 1).
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FIGURE 1. Normalized porewater constituents (z scores) across the transect. Colder colors indicate lower, warmer colors higher z scores, respectively. Gray bars indicate missing values caused by porewater scarcity. depth, absolute depth above or below sea level; DOC, dissolved organic carbon; TDN, total dissolved nitrogen.




Composition of the Sequence Data Set

Sequencing of prokaryote samples resulted in a total of 3,079,547 reads, recovering a total diversity of 13,568 different ASVs. After applying the abundance filter, the majority of 2,967,880 reads was left representing a final diversity of 6944 ASVs within the dataset. Samples were deeply sequenced with a mean of 148,394 reads per sample. Amplicon sequencing of the V1 and V2 hypervariable region of 18S rRNA gene yielded a total of 3,537,703 reads and 1,263 ASVs belonging to 50 eukaryote groups based on NCBI taxonomic assignment. After filtering a total of 3,408,572 reads and 846 ASVs were classified as 11 target meiofaunal groups. From the nematode samples, 18 NGS libraries yielded a total of 2,214,455 reads and 1,455 ASVs where 1,680,256 reads and 255 ASVs were detected as nematode encompassing 43 different species and 25 genera. Two libraries were excluded from the nematode dataset as they did not contain enough sequencing reads.



Microbial Diversity Patterns

The presence and absence of ASVs at the different stations were compared to identify horizontal patterns among prokaryotic and eukaryotic community compositions along the investigated transect (Figure 2). For prokaryotes, a large proportion of ASVs was shared among all stations (14%), which is in accordance with the previously detected bacterial core community (Degenhardt et al., 2020). Yet, every station still harbored a number of site specific ASVs (10–16%), which was largest among the HWL samples (16%). In contrast, meiofaunal communities only shared a small amount of ASVs among all stations (3%) and large proportions of site specific ASVs at every station. The highest number of unique ASVs was detected in the runnel (26%) followed by the ridge (24%), the LWL (16%) and the HWL (15%), respectively. In comparison to all other sites, the percentage of ASVs shared between runnel and ridge was comparably high (6%).
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FIGURE 2. Venn diagrams showing the percentage of shared ASVs between different stations for (A) prokaryotic and (B) eukaryotic communities.


Principle coordinate analysis (PCoA) distance matrices were used to compare community compositions across the intertidal area (Figure 3). The prokaryotic community structures differed between the individual sampling sites. Especially, all samples taken at the runnel clustered apart from the other sites yet were quite dissimilar among each other. In contrast, the LWL and the ridge communities were highly similar. The HWL community exhibited large differences with depth, while all other sites showed no coherent vertical patterns. The eukaryotic communities also showed a strong site-specific ordination within the PCoA. Here, all communities of the LWL replicates were rather similar, which was also the case for the communities of the runnel replicates, yet they were forming groups clearly separated from the rest. Both, the ridge and HWL communities showed a higher scatter among the replicates.
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FIGURE 3. PCoA of prokaryotic (A) and eukaryotic (B) communities. The PCoA plots depict the similarities between samples based on community composition comparing the four locations (symbols) and depths (colors). Absolute depth above or below sea level is indicated by isoclines. Depth is showed in centimeters below sea floor (cmbsf).




Prokaryotic Community Composition

The dominant part of the prokaryotic community was composed of 11 different bacterial phyla. Yet, 25–40% of the community were attributed to rare taxa, here summarized as “others” (Figure 4A). Those include most Archaea due to their low abundances within the dataset. Summarized, archaeal relative abundances reached 1–4%. The dominant phyla exhibiting by far the largest amount of internal diversity, were the Bacteroidetes and the Proteobacteria, represented by 12 genera, each. Within the Proteobacteria, most ASVs were related to Deltaproteobacteria, indicating sub- to anoxic conditions. The only other phyla represented by more than one genus were the Acidobacteria and Planctomycetes, represented by two genera, each. The other bacterial phyla detected were Actinobacteria, Calditrichaeota, Gemmatimonadetes, Kiritimatiellaeota, Latescibacteria, and Nitrospirae. The only archaeal phylum detected with an abundance above our filter criteria were Thaumarchaeota of the family Nitrosopumilaceae. Differences between the sampling sites could be explained by varying abundances of individual taxa. The HWL differed mostly due to higher relative abundances of Bacteroidetes, which additionally increased in abundance with depth. This increase was attributed to the genera Muriicola, Portibacter and unknown members of the Rhodotermaceae and Saprospiraceae. These genera were also detected at the other sites, but in lower relative abundances. The distinct community composition of the runnel samples can be attributed to increased relative abundances of members of the Proteobacteria and Sediminicola (Bacteriodetes). Surprisingly, most members of this class were represented by ASVs of unknown genera with the exceptions of Woseia and Cupriavidus. The latter was present in high relative abundances, which was unexpected since that genus is not typically found in marine sediments. The community composition of the LWL and the ridge samples appeared to be an intermediate version of the two other sites.
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FIGURE 4. Barplots of prokaryotic communities along the transect depicted on phylum and genus level. (A) Shows total prokaryotic diversity, while (B) zooms into the Archaeal diversity, due to their low relative abundances. Taxa below the abundance threshold were summarized as “others.”


Despite their low relative abundances, the intra-archaeal diversity could be unraveled, due to deep sequencing (Figure 4B). The community was dominated by ASVs related to unknown Nitrosopumilaceae, with relative abundances between 60 and 80% of all detected Archaea. The Woesearchaeia, represented by Candidatus Stazkawiczbacteria and unknown Wosearchaeia, were far less abundant. The phyla Bathyarchaeota and Odinarchaeota were also detected in most samples in relatively low abundances. The amount of completely unknown archaeal ASVs or those grouped into “others” was surprisingly low with about 5%, only. Relative abundances of unknown Wosearchaeia were higher at the HWL and runnel (infiltration areas) than at the LWL and Ridge (exfiltration area). Additionally, they were increasing with depth at the HWL. The shallower depths of the HWL as well as the runnel and Ridge sites showed elevated abundances of unknown Bathyarchaeia. The distribution of Odinarchaeia was patchy with elevated relative abundances at the Ridge.



Eukaryotic Community Composition

A total number of 10 meiofaunal groups was detected in this study comprising Nematoda, Crustacea, Platyhelminthes, Annelida, Gastrotricha, Chaetognatha, Mollusca, Bryozoa, Tardigrada and Nemertea (Figure 5A; rare taxa are categorized as others). Considering the diversity and relative number of ASVs per taxon (Figure 5A), meiofaunal composition differed greatly among the studied sites. In general, the HWL appeared to be the least diverse site. Interestingly, two of the HWL replicates were dominated by Annelida, while with nematodes being the most abundant taxa in the other three replicates. While all replicates of the runnel were dominated by the genus Archiola de Beauchamp, 1910, four replicates of the LWL showed a high relative abundance of Nematoplana, 1938, both Platyhelminthes. In contrast, the ridge was again dominated by nematodes, with two replicates also showing increased relative abundances of Platyhelminthes.
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FIGURE 5. Barplots of eukaryotic communities along the transect depicted on phylum and genus level. (A) Shows total meiofauna diversity, while (B) zooms into nematode diversity, due to their high relative abundances within the dataset and during morphological investigation. Taxa below the abundance threshold were summarized as “others.” One replicate from the runneland Ridge were excluded from the nematode libraries analyses due to low numbers of reads.


Detailed community analysis of the relative number of picked nematode ASVs (Figure 5B) showed certain differences among the HWL and LWL compared to the runnel and ridge at the genus level. All HWL replicates and three LWL samples revealed a high nematode diversity with the most dominant genera being Xyala Cobb, 1920 or Omicronema Cobb, 1920 followed by Oxyonchus Filipjev, 1918 and Neochromadora Micoletzky, 1924. All ridge samples showed a low nematode diversity at genus level with 4–6 genera present in each library, greatly dominated by Enoplolaimus de Man, 1893. The runnel stations, however, were represented by a maximum of two nematode genera in each replicate, being Enoplolaimus and Xyala within three replicates Neochromadora and Daptonema Cobb, 1920 in one of them. In general, a low nematode diversity and a prevalence of specimens of the genus Enoplolaimus may indicate their successful adaptation to this habitat.



DISCUSSION


Adaptation of Prokaryotic Communities to the Effect of SGD

The prokaryotic community composition within the exfiltration areas of the STE was more evenly distributed compared to the seawater infiltration sites of the beach. Furthermore, the archaeal community at the exfiltration sites was dominated by members the ammonia oxidizing Nitrosopumilaceae, which can be interpreted as an effect of increased ammonium supply through the STE. In our previous investigation on the same cross-shore transect, we described a dominant bacterial core community across all sites, depths and seasons, which was disrupted by a subsurface bloom during spring (Degenhardt et al., 2020). In the current study, we could confirm the presence of a prokaryotic core community, but in a weaker pronunciation. Surprisingly, distinctive communities were observed at every site with almost equal proportions. This might be due to different environmental conditions such as changing beach topographies and a stronger impact of SGD, reflected by distinctively lower salinities in comparison to those measured in our previous sampling campaigns (Waska et al., 2019b; Ahrens et al., 2020; Degenhardt et al., 2020). Furthermore, the chosen sequencing approach allowed to simultaneously investigate bacterial and archaeal diversity (Parada et al., 2016), yet direct comparisons with our previous findings might not be valid.

Due to the effects of SGD, environmental conditions across the intertidal area showed a drop in salinity at the ridge and LWL compared to the HWL and runnel. Additionally, enhanced concentrations of reduced compounds clearly mark these two stations as discharge areas of the STE. This is reflected in the prokaryotic community structures, exhibiting similarities between the ridge and LWL communities were more similar to each other, despite differences over all sites. In our preceding study we could not detect an adaptation of the bacterial community to the effects of SGD, concluding that those were overprinted by the high energy conditions of Spiekeroog beach. Since the discharge area of the STE is chemically much clearer defined in the present study, its effect may previously have been underestimated (Waska et al., 2019b; Degenhardt et al., 2020). Instead of being negligible due to being overprinted, SGD might be an additional factor in forming stable and diverse communities. The significance of this effect could vary depending on differences in time scales for physical disturbances, porewater flowpaths, and community adaptations.

All detected bacterial genera have originally been reported to thrive in marine sediments, except for Cupriavidus, which reached high relative abundances within the runnel samples. Isolates of this genus are highly versatile and were cultured from different habitats, such as soils (Cuadrado et al., 2010) plants (Platero et al., 2016), anthropogenic environments (Mergeay, 2015), but also from freshwater sediments (Qian et al., 2010; Nguyen and Lee, 2014). Since the salinity at the runnel was clearly marine, a possible explanation for their high relative abundance could be the detection of an uncultured marine representative of this genus. Environmental disturbances like the burial of plant material by winter storms might be an alternative explanation for their occurrence. The second genus that distinguished the prokaryotic community of the runnel from the other sites of the transect was Sediminicola. This bacterium is a facultative anaerobe, capable of nitrate reduction and known from coastal and deep sea sediments (Khan et al., 2006). The HWL community differed from the other sites by high relative abundances of Muriicola (Kahng et al., 2010) and Portibacter (Yoon et al., 2012) which are both aerobes, with Muriicola also being capable of nitrate reduction. The common features of both sites, the HWL and runnel, are a higher elevation above sea-level and higher salinity values, indicating marine conditions, which are typically more oxygenated. These characteristics have been described for those sites at Spiekeroog beach (Waska et al., 2019b; Ahrens et al., 2020; Degenhardt et al., 2020). The dominant genera found at the HWL and runnel could also be detected at the ridge and LWL, yet in lower relative abundances. Overall, the communities of the latter sites, located in the discharge area of the STE, showed a higher evenness in the relative abundances of the different taxa.

During our previous investigation, we detected increased relative abundances of members of the Bacteroidetes (Gillisia) and Firmicutes (Planococcus and Planomicrobium) at the same month and sampling sites, which we described as a “subsurface bloom.” In the current investigation, members of the Firmicutes could only be detected in relative abundances ranging from 0.1 to 0.2%, only. While we did not detect the genus Gilisia in high numbers, other Bacteroidetes were present in every sample and elevated relative abundances at the HWL. Known relatives of the genera with increased abundances are aerobes, capable of nitrate reduction. In our preceding study we attributed the “subsurface bloom” to elevated concentrations and penetration depths of oxygenated compounds like nitrate. As these conditions were not found during this sampling campaign, the right settings for a bloom might not have been present. We conclude that we either sampled the same month but under different geochemical conditions, or that we previously sampled an irregular, rather than a regularly occurring event (Degenhardt et al., 2020).



Adaptation of Archaeal Communities

Within the archaeal community, cross-shore differences appeared as a decrease in relative abundances of Wosearchaeia and an increase of Nitrosopumilaceae. The dominance of Nitrosopumilaceae within the discharge area of the STE is very likely related to increased ammonium concentrations, as members of this phylum are known for ammonia oxidation (Nakagawa and Stahl, 2013; Shafiee et al., 2019). Thus, Nitrosopumilus might outcompete other archaea when high ammonium concentrations are present. On the other hand, Wosearchaeia are known for having very small genomes and a symbiotic or fermentation based lifestyle (Castelle et al., 2015). This might be beneficial at high energy beaches a steady resupply of seawater constituents and metabolites, explaining why they are the second most abundant archaea at Spiekeroog beach. Especially in the infiltration zones, this constant resupply might foster competitive advantages they may have due to their streamlined genomes. Another archaeal group observed within most of our samples, but in low abundances are the Bathyarchaeia. They are known to be globally distributed generalists, which are often found in anoxic sediments (Zhou et al., 2018). Additionally, a rather enigmatic archaeal taxon, the Odinarchaeia, were detected in very low, but increased abundances at the ridge. Since not much is known about their lifestyle, their role within the discharge area of the STE remains to be investigated.

In general, our results on the diversity and relative abundances of Archaea at the Spiekeroog STE are in accordance with findings by Adyasari et al. (2020), the only study that also investigated archaeal diversity within an STE at several geochemically different discharge areas. Within the porewaters of two SGD hotspots in Mobile Bay (Gulf of Mexico), the authors found different archaeal communities with varying abundances, depending on the investigated site. At an anoxic site, the archaeal community was dominated by Wosearchaeia and constituted 4–8% of the microbial community. Another discharge area within that study was more similar to our sampling site. It was characterized by coarse sand and less reducing conditions, caused by higher hydraulic conductivity. Under these conditions, the Archaea made up 1% of the microbial community and were dominated by ammonia oxidizing Thaumarchaea, which fits to our observations.



Meiofaunal Communities Are Structured Site-Specifically

In contrast to the prokaryotes, meiofauna exhibited almost no core community across all sampling sites, but large site-specific assemblages and a high spatial distribution between the replicates. A possible explanation for this could be their narrower tolerance range for different environmental conditions in comparison to prokaryotes, such as oxygen concentrations and salinity. Additionally, being much more mobile than prokaryotes, they possibly migrate toward preferred conditions, forming site specific communities.

We detected a large variance in community composition between replicates taken at the respective sites. However, cross shore differences could be observed between the HWL and the other sites due to the distinct differences in the community compositions. The relative number of ASVs per group are indicative for a high abundance of nematodes in three replicates from the HWL, whereas the runnel was mainly dominated by platyhelminthes. The LWL and ridge, however, showed a difference within the meiofaunal community composition of the two other sites, where either platyhelminthes or nematodes were the most abundant taxa in the different replicates. These results are in agreement with the study of Grzelak et al. (2018), in which the diversity of nematodes was significantly higher at the saline HWL at the coast of Long Island compared to the areas with lower salinities. Although the LWL and ridge (as the discharge area of the STE) showed similar prokaryotic communities, this effect is not pronounced for the investigated eukaryotes. Different composition of meiofaunal communities within SGD affected and non-affected areas may be an indication of a non-adaptation toward the effect of SGD. The presence of crustaceans (mainly copepods) was only perceptible in the runnel replicates. Also, morphological observations did not recognize many copepod specimens within the samples. This may also be an indication of their seasonal variabilities as the sampling took place in early spring. Seasonal variations of seawater alter the organic matter input and the associated degradation by bacteria. Therefore, the STE areas are lower in the amount of inorganic nitrogen in early spring compared to late summer (Ahrens et al., 2020) which could explain the overall low abundance and diversity of harpacticoid copepods in our study.

The overwhelming majority of meiofauna detected during morphological investigation were nematodes. Thus, the relatively high proportions of reads belonging to other groups such as annelids and platyhelminthes may be caused by the higher biomass of those taxa, the presence of their appendages or environmental DNA. Although the abundance of certain meiofaunal groups such as nematodes was higher at the HWL, the relative diversity was greater in the runnel, ridge and LWL samples. This was caused by the presence of rare taxa such as marine Tardigrada, Chaetognatha, Nemertea and Bryozoa (included in “others” in Figure 5) which were not detected at the HWL. This was probably due to the lower salinity that turns the environmental condition intolerable for the addressed taxa. In general, we detected different meiofaunal community compositions between all four study sites. This is in agreement with Kotwicki et al. (2014), indicating the strong effects of environmental conditions on meiofaunal communities even within SGD-impacted areas of high-energy beaches.

In contrast to the overall meiofaunal diversity, nematode diversity did not follow the described cross-shore trend. At the HWL and LWL, the nematode communities were much more diverse in comparison to the runnel and ridge, where the dominating genera were Enoplolaimus and Xyala. We detected Xyala in high relative abundance at every site, implying an adaptation to the conditions of the intertidal area. When investigating three beaches impacted by SGD at the Long Island peninsula (California, United States), at every station Grzelak et al. (2018) also detected Xyalidae Chitwood, 1951, which includes the genera Xyala and Theristus Bastian, 1865. Furthermore, the authors described the presence of Enoplolaimus sp., an omnitrophic predatory genus, which was distinctive for areas unaffected by SGD at one of the beaches studied. Yet, it was also found at impacted sites of another beach they investigated.

In our study, we detected Enoplolaimus at the LWL, the discharge area of the STE, with clearly brackish salinities. Thus, SGD alone may not affect the presence of this genus. This is in accordance to another study on nematode diversity within the intertidal area of two sandy beaches in Italy and Poland (Gheskiere et al., 2005). Furthermore, in our study, Enoplolaimus ASVs showed high relative abundances at every zone of the beach, agreeing with Gheskiere et al. (2005) where 7–10% of the detected nematodes were Enoplolaimus, with a more consistent presence at the beach exhibiting higher energy input. Since Spiekeroog beach is characterized by even stronger physical forcing, the high relative abundances of Enoplolaimus ASVs in our dataset could indicate an adaptation to high energy environments. Furthermore, we detected a lower nematode diversity at the runnel and ridge sites of Spiekeroog beach. Our findigs again fit to those of Gheskiere et al. (2005), also indicating a lower nematode diversity and evenness at the investigated swash and breaker zones, which are comparable to our runnel and ridge sites. A possible explanation for this might be the greater physical stress due to the high wave action in these zones. In both, our and their study, a maximum of nematode diversity was detected at the HWL. This is probably caused by the presence of taxa which are related to more terrestrial environments within the transition zone between the terrestrial and the marine environment.

Genera typical for brackish conditions like Bathylaimus Cobb, 1894 and Tryploides de Man, 1886 (Gheskiere et al., 2005) were also detected at the HWL and LWL of Spiekeroog beach with low relative abundances (both genera are marked as “others” in Figure 5). At the same stations, we also found Microlaimus de Man, 1880 (categorized as “others” in Figure 5) which have been found exclusively at sites unaffected or affected by SGD, respectively (Grzelak et al., 2018). While the flowpath and exfiltration zones of the Spiekeroog STE are usually patchy and heterogeneous, beaches investigated by Grzelak et al. (2018) had distinct areas affected or unaffected by SGD. Yet, especially during our campaign, the LWL showed a reliable chemical signal of SGD and brackish salinities, probably caused by a beach topography which was unusually stable for the stormy winter/spring season.



Potential Influence of Nematode Diversity on Prokaryotic Diversity

We found that nematode communities significantly correlated with changes in bacterial communities, while the overall meiofauna did not. However, due to the different sampling strategies for prokaryote and eukaryote diversity analyses, a statistically valid testing could not be applied. Since only a few studies have targeted community level interactions between these domains of life and none of them investigated the specific role of STE’s, our study could be a starting point for this kind of investigations. Co-occurrences between bacteria and nematodes e.g., were detected in submarine deep-sea canyons and correlated to physiological needs of the respective bacterial taxa (Rzeznik-Orignac et al., 2018). For example, taxa like Eubostrichus, which has also been detected in our study, might serve as “shuttles” fur sulfur- and ammonia oxidizers between oxic and anoxic sediment layers, due to their tolerance for anoxic conditions (Schiemer et al., 1990). This form of interaction is probably less prevalent at Spiekeroog beach since it exhibits much stronger recharge of seawater constituents and a less stable redox zonation compared to deep-sea sediments. Yet, the authors also found several predatory taxa, which are expected to have an influence on bacterial diversity. Furthermore, while there is no direct study on interactions between Archaea and nematodes, members of Nitrosopumilus were detected within single nematode individuals in an extensive study on the microbiomes of free living marine nematodes (Schuelke et al., 2018). Even though we could not detect significant correlations between the variances of nematode and archaeal communities in Spiekeroog beach sediments, Nitrosopumilus was still the dominant archaeal taxon.



CONCLUDING REMARKS

In this study we expected to (i) detect a large archaeal and meiofaunal core community within the discharge area of the Spiekeroog beach STE. We detected a core-community of prokaryotes, yet less dominant than previously observed. This is possibly related to a previously unobserved stability of the beach morphology, which has been shown to govern the hydrogeochemical conditions within the STE. Regarding the meiofauna, we did not find a core community, but dominant site-specific communities and a cross shore difference between the HWL and all other sites. We attribute this to the higher motility and narrower tolerance range of meiofauna to environmental parameters. We further hypothesized, that (ii) the conditions in the discharge area of the STE favor the presence of those Archaea involved in nitrogen cycling. We could confirm this by detecting an overwhelming dominance of Nitrosopumliaceae ASVs in the entire intertidal area, which increased at the ridge and LWL, marked as exfiltration zones by geochemical (NH4, salinity) and topography data. Lastly, we hypothesized, that (iii) the harsh high-energy conditions a Spiekeroog beach result in a nematode dominated community over a copepod dominated community. This also holds true, as the vast majority of meiofauna detected by morphological analysis were nematodes, which also dominated the sequence dataset. Contrary to a previous investigation of the Spiekeroog STE we could detect an influence of SGD on prokaryotic communities, which was visible as a higher evenness at SGD-impacted sites (ridge, LWL) compared to unimpacted sites (HWL, runnel). This influence is probably related to the weaker pronunciation of the runnel-ridge system and a rather dissipative morphology of the beach. Yet, correlations between prokaryotic and meiofaunal communities remain to be explored in greater detail.
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Subsurface mixing of seawater and terrestrial-borne meteoric waters on carbonate landscapes creates karst subterranean estuaries, an area of the coastal aquifer with poorly understood carbon cycling, ecosystem functioning, and impact on submarine groundwater discharge. Caves in karst platforms facilitate water and material exchange between the marine and terrestrial environments, and their internal sedimentation patterns document long-term environmental change. Sediment records from a flooded coastal cave in Cozumel Island (Mexico) document decreasing terrestrial organic matter (OM) deposition within the karst subterranean estuary over the last ∼1,000 years, with older sediment likely exported out of the cave by intense storm events. While stable carbon isotopic values (δ13Corg ranging from −22.5 to −27.1‰) and C:N ratios (ranging from 9.9 to 18.9) indicate that mangrove and other terrestrial detritus surrounding an inland sinkhole are the primarily sedimentary OM supply, an upcore decrease in bulk OM and enrichment of δ13Corg values are observed. These patterns suggest that a reduction in the local mangrove habitat decreased the terrestrial particulate OM input to the cave over time. The benthic foraminiferal community in basal core sediment have higher proportions of infaunal taxa (i.e., Bolivina) and Ammonia, and assemblages shift to increased miliolids and less infaunal taxa at the core-top sediment. The combined results suggest that a decrease in terrestrial OM through time had a concomitant impact on benthic meiofaunal habitats, potentially by impacting dissolved oxygen availability at the microhabitat scale or resource partitioning by foraminifera. The evidence presented here indicates that landscape and watershed level changes can impact ecosystem functioning within adjacent subterranean estuaries.
Keywords: subterranean estuaries, groundwater, karst, caves, mangroves, organic matter, benthic ecology
INTRODUCTION
Karst subterranean estuaries (KSEs), areas in coastal carbonate aquifers where seawater, saline groundwater, and fresh meteoric waters mix, are biogeochemical reaction zones between the land and the sea that provide habitat to characteristic biological communities. Global coastlines are ∼25% karst landscapes (Ford and Williams, 2013), which account for ∼12% of global submarine groundwater discharge (Beck et al., 2013). Dissolution and diagenesis of eogenetic carbonate landscapes create abundant cave networks and sinkholes that can become subsequently inundated through sea-level rise. This geologic setting simultaneously enhances seawater intrusion that impacts groundwater resources inland on carbonate landscapes (Perry et al., 2002; Coronado-Álvarez et al., 2011) and land-to-sea material transport through conduits and submarine springs (e.g., Fleury et al., 2007). The terms “anchialine cave” and “marine cave” have been widely applied to describe the habitat of cave-adapted biological communities living in the freshwater, mixing zone, brackish water, and also in the marine sector of karst and volcanic subterranean estuaries in the Mediterranean (e.g., Sket, 1996; Bergamin et al., 2020; Chen et al., 2020), the Tropical North Atlantic Ocean (e.g., Rubio et al., 2015; van Hengstum et al., 2019), and elsewhere (Holthuis, 1973; Stock et al., 1986; Iliffe and Kornicker, 2009; Bishop et al., 2015; Riera et al., 2018). Given modern challenges of coastal urbanization, seawater nutrient loading, and porosity of karst landscapes, there is a growing need to better understand organic matter delivery and carbon exchange between the ocean and subsurface within KSEs.
Bulk organic matter (OM) can be an important sedimentary constituent and an essential carbon source in KSEs. Direct openings to the surface facilitate particulate organic matter (POM) transport from eroding terrestrial soils and aquatic/marine primary producers into flooded coastal caves and sinkholes that are flooded by the subterranean estuary (van Hengstum et al., 2010; Gregory et al., 2017). As a result, changing terrestrial vegetation, such as wetland colonization, can impact local POM inputs to KSEs (Collins et al., 2015; Tamalavage et al., 2018). Refractory POM is either exported from the coastal aquifer or accumulates along the land-sea environmental continuum in submerged sinkholes and caves (e.g., Gabriel et al., 2009; Collins et al., 2015; Tamalavage et al., 2018; van Hengstum et al., 2020). POM distribution and accumulation in the sediment is also affected by horizontal groundwater flow through the caves (Gabriel et al., 2009; van Hengstum et al., 2010; Winkler et al., 2016). In addition, chemoautotrophic primary producers can supply in-situ POM to the benthos in the form of sinking material in marine caves (Airoldi and Cinelli, 1996). The bioavailable fraction of OM fuels biogeochemical cycling and food webs in coastal caves and sinkholes in KSEs (Pohlman et al., 1997; Socki et al., 2002; Seymour et al., 2007; Brankovits et al., 2017). However, an important question remains: Do changes in the source of sediment OM actually influence benthic meiofaunal communities in KSEs?
This study presents a 1,000-year stratigraphic record of organic matter and benthic meiofaunal community change from a flooded coastal cave on Cozumel in Mexico. Bulk OM and benthic foraminiferal community shifts were used to investigate how changes related to the sources and quantity of sedimentary OM impacted benthic meiofauna over time. The results indicate that 1) a sinkhole allows terrestrial OM to enter a subsurface stream of brackish to saline groundwater before its discharge to the coastal sea, 2) the influx of OM from mangroves in the adjacent sinkhole have decreased over the last millennium, and 3) changes in benthic foraminiferal assemblages through time are most likely related to changes in the source and decreased supply of OM.
MATERIALS AND METHODS
Study Site
The island of Cozumel is located approximately 20 km from the northeastern coast of the Yucatán Peninsula in Mexico (Figure 1) and separated by the Cozumel Channel (>400 m in water depth). Cozumel and the northeastern Yucatán coast have similar Pleistocene sea-level histories and carbonate lithology (Spaw, 1978), and the flooded caves filled with speleothems (e.g., stalactites, stalagmites, columns) indicate that regional caves were in the vadose zone during previous glacial episodes (Spaw, 1978; Richards et al., 1994). The region’s tropical climate has dry (from December to April/May) and wet seasons (from May to November) (Curtis et al., 1996; Kottek et al., 2006). Like the nearby mainland, the carbonate island of Cozumel is topographically flat (mean 5 m in elevation) and the absence of fluvial systems means rainfall either directly evapotranspires or infiltrates into the unconfined aquifers (Perry et al., 2002; Beddows et al., 2007; Gondwe et al., 2010). Abundant sinkholes and well-developed cave networks impact subsurface hydrologic transport depending on seasonal rainfall and storms (Frausto-Martínez et al., 2018; Frausto-Martinez et al., 2021), which may change groundwater discharge rates and associated constituent transport to the coastal sea like on the Yucatán Peninsula (Young et al., 2008; Gonneea et al., 2014; Null et al., 2014). The region experiences microtides that span 0.1–0.2 m (Kjerfve, 1981), which also impacts daily groundwater table elevation. Tourism is driving rapid regional development and urbanization, which threatens groundwater resources (Coronado-Álvarez et al., 2011), groundwater-dependent habitats (Bauer-Gottwein et al., 2011), and other native ecosystems, like coral reefs and coastal vegetation (e.g., mangroves, seagrass) (Muckelbauer, 1990).
[image: Figure 1]FIGURE 1 | Cozumel Island located east of the Yucatán Peninsula, Mexico. Aerolito Cave (red star) is located on the west coast of Cozumel. Other common research sites in karst subterranean estuaries are also shown (green triangles) in Bermuda (Cresswell and van Hengstum, 2021) and the Yucatán region, such as Hoyo Negro (Kovacs et al., 2017), Carwash (Gabriel et al., 2009), Yax Chen (Collins et al., 2015), Maya Blue (Pohlman et al., 1997), and Cenote Bang (Brankovits et al., 2017).
The sinkhole (cenote) entrance to Aerolito Cave (N 20.47°, W 86.98°; 71 m by 21 m) (Figure 2) provides access to 6.1 km of mapped cave passages traversing both inland (upstream) and seaward (downstream), and red mangroves (Rhizophora mangle) are present along its northern periphery (Frontana-Uribe and Solis-Weiss, 2011). There is a ∼240 m long subsurface connection from the sinkhole to a marine bay. These marine and terrestrial openings facilitate direct detritus inputs to the cave (Mejía-Ortíz et al., 2007). These conduits hydrographically connect the sea and the aquifer as meteoric freshwater flows to the coast mixing with oceanic seawater intruding into the aquifer. Downstream passages are well-mixed and resemble typical marine conditions, whereas the water column in the open pool of the sinkhole and the upstream passages is stratified. Here, a sharp mixing zone (halocline) between brackish (∼15 psu) and saline (∼37 psu) water masses occurs typically at ∼7 m water depth (Mejía-Ortíz et al., 2007; Calderón-Gutiérrez et al., 2018). Shifts in the depth and thickness of the mixing zone in response to high-intensity rain events have been documented in Aerolito (Calderón-Gutiérrez et al., 2018), similar to the mainland Yucatán Peninsula (Coutino et al., 2017; Brankovits et al., 2018). Previous local research includes documenting endemic cave fauna (Mejía et al., 2008; Mejía-Ortíz et al., 2017; Olesen et al., 2017) and marine invertebrate ecology (Mejía-Ortíz et al., 2007; Pisanty et al., 2010; Frontana-Uribe and Solis-Weiss, 2011; Ortiz and Winfield, 2015; Márquez-Borrás et al., 2016; Calderón-Gutiérrez et al., 2018; Gómez and Calderón-Guitérrez, 2020).
[image: Figure 2]FIGURE 2 | Map of Aerolito Cave in Cozumel Island. Located below sea-level, the cave network promotes seaward material transport and a hydrologically interconnected environment between the sea and the aquifer, providing access to the subterranean estuary. The terrestrial sinkhole opening, colloquially known as Cenote El Aerolito, is partially surrounded by mangroves. Sediment cores (orange circles) were obtained from downstream (Core 5, Core 6, Core 7, and Core 8) and upstream (Core 1, Core 2, Core 3, and Core 4) passages. Map is adapted after Mejía-Ortíz et al. (2007).
Sediment Core Collection
Sediment cores were obtained from Aerolito using cave diving procedures in July 2014 following safety protocols outlined by the American Academy of Underwater Sciences (AAUS). Sediment cores were collected using 5 or 8 cm diameter clear polycarbonate pipes along a land-sea transect. Four cores were collected proximal to the inland cenote pool (Core 1 to Core 4, collectively referred to as the upstream sites) and four cores between the terrestrial opening and the ocean (Core 5 to Core 8, referred to as the downstream sites) (Figure 2). All coring drives ceased at a hardground that is most likely the host carbonate platform. This observation suggests that the cores sampled the complete sedimentary accumulation at each location. The water table elevation is assumed to be sea-level, given the core sites and oceanic proximity. Core collection depths are measured with respect to the modern groundwater table (∼sea-level) at the time of sampling using scuba diver depth gauges (vertical accuracy ±0.3 m). Collection depths were not corrected for local microtidal variability. The sediment water interface was located at 10.5 and 6 m below sea-level in the upstream and downstream passages, respectively (Figure 2; Supplementary Table S1). Sediment cores were then transported back to the laboratory to be split lengthwise, photographed, stratigraphically described, x-radiographed to image downcore density, and continuously stored at 4°C until further analysis.
Lithological Analysis and Radiocarbon Dating
To characterize changes in the coarse carbonate sedimentary fraction, the volumetric mass of sedimentary particles greater than 63 µm was measured in all cores using the Sieve-first Loss-on-Ignition procedure (Sieve-first LOI) (van Hengstum et al., 2016). This approach was chosen because of the known challenges associated with measuring particle size distributions of carbonate sediments using different methods (Murray, 2002). Contiguous 1-cm sediment sub-samples, with a standardized initial volume of 2.5 cm3 (1.25 cm3 for smaller diameter cores), were first sieved wet over a 63-μm mesh, dried for 12 h in an oven at 80°C, and weighed to determine the final coarse sediment residue that included both coarse organic particles and mineral matter. Thereafter, desiccated coarse sediment residues were ignited in a muffle furnace at 550°C for 4.5 h to re-mineralize coarse organic matter particles. Remaining sediment residues were then re-weighed to determine a final concentration in milligrams of coarse sedimentary particles exceeding 63 µm in diameter per unit cm3 (expressed throughout as D>63µm mg cm−3). Finally, new sediment sub-samples were obtained at contiguous 1-cm intervals downcore and subjected to a Classic LOI procedure to determine variation in bulk OM content, as per standard methods (550°C for 4.5 h) and reported as weight percent (%) of the original sediment mass (Dean, 1974; Heiri et al., 2001). Uncertainty on laboratory replicates using the Classic LOI approach is typically less than ±1%.
Age constraint was provided by radiocarbon dating bulk sedimentary OM particles and, when available, terrestrial plant macrofossils (e.g., twigs). Biogenic carbonates were deemed inappropriate for age purposes because hardwater and marine reservoir effects create problems for calibrating conventional radiocarbon results from marine invertebrates into sidereal years. Six radiocarbon dates were obtained across four cores: Core 1 (2 bulk sedimentary OM), Core 5 (2 terrestrial plant macrofossils), and Core 7 (2 terrestrial plant macrofossils; Supplementary Table S2). Material sampled for radiocarbon dating was rinsed with deionized water, dried, weighed, and then submitted for radiocarbon determination at the National Ocean Sciences Accelerator Mass Spectrometry (NOSAMS) Facility at Woods Hole Oceanographic Institution. Conventional radiocarbon dates were calibrated to calendar years before present (cal yrs BP) using IntCal20-NH (Reimer et al., 2020) calibration curves using CALIB 8.2 (Stuiver et al., 2021) (Supplementary Table S2).
Stable Carbon Isotope and C:N Ratio Analysis of Organic Matter
Seven cores (Core 1 to Core 7) were sampled contiguously downcore to determine the stable carbon isotopic ratio of bulk organic matter (δ13Corg) and the C:N ratio. In coastal settings, δ13Corg and C:N measured from sediment cores can diagnose the organic matter sources deposited through time (e.g., Gonneea et al., 2004; Lamb et al., 2006; Tamalavage et al., 2018; Gonneea et al., 2019). For our cores, a 5 mm sub-sample was obtained every 1 or 2 cm downcore for the entire length (n = 222). Approximately 1.25 cm3 of sediment was directly acidified with ∼8 ml of 1 M hydrochloric acid for 24 h, or until effervescence ceased, then desiccated at 50°C and homogenized into a powder. Determination of δ13Corg and C:N ratio occurred at the Texas A&M University Stable Isotope Geoscience Facility using an Erba NA 1500 Elemental Analyzer that is coupled to a Thermo Scientific DELTAplus isotope ratio mass spectrometer. Final isotopic ratios are reported relative to the standard Vienna Pee Dee Belemnite (VPDB) for carbon in per mil (‰). Analytical precision for two international standards, USGS 40 and 41a which represent a range of δ13C values for a two-point calibration, are within 0.2‰ (1σ) δ13C. Additional internal standards were used as an internal check for reproducibility. The residual organic carbon %C (acidified residue) was divided by %N (acidified residue) to calculate C:N ratio.
A simple two-source mixing model using δ13Corg values (Fry, 2007) calculated an estimate for the relative terrigenous versus marine supply to sedimentary OM through the terrestrial versus marine openings. This calculation was based on the assumptions that: 1) OM in the cave sediments is derived from two main sources (marine-derived OM transported landward through the marine cave opening and terrestrial-derived OM eroding into the cave through interconnected sinkholes) and 2) the endmember values are preserved with no or minimal changes after burial. We recognize that a two-source mixing model grossly oversimplifies the organic carbon sources delivered to coastal settings because it does not account for the complexity of variable OM sources and diagenesis. For example, potential sedimentary OM sources in coastal settings include primary producers, C3 and C4 plants of coastal vegetation, terrestrial vegetation, and marine and freshwater algae (e.g., Fourqurean et al., 2005; Lamb et al., 2006). Moreover, diagenesis (i.e., biological, chemical, and physical processes) can affect sedimentary OM composition, including δ13Corg values, after burial (e.g., Fogel et al., 1989; Benner et al., 1991; Gonneea et al., 2004). Despite the complexities, this approach can provide a first-order estimate for the relative contribution of terrigenous versus marine sources to the sediment OM in a dark cave setting that facilitates carbon exchange between the land and the sea.
Considering the habitats adjacent to Aerolito, we assume that terrestrially derived OM primarily includes mangrove-derived detritus, other terrestrial and wetland plants, and, in this case, even some biomass from aquatic primary producers in the sinkhole. The assumption that sediment OM was a mix of marine and terrigenous sources can be expressed mathematically by:
[image: image]
where fterrestrial and fmarine are the fractions of OM from the two different sources. To calculate fterrestrial, the following equation (Eq. 2) was used:
[image: image]
where δsediment is the measured δ13Corg value of the sediment sample, δterrestrial is the average δ13Corg value measured across a variety of mangrove plants from multiple habitats in the Yucatán Peninsula (−28.24‰; Gonneea et al., 2004), δmarine is the average δ13Corg value of POM measured from the sea along the coastline in the nearby Cozumel Channel (−20.1‰; Brankovits et al., 2017) which is assumed to represent the isotopic content of marine algae and other components of the coastal marine POM pool. The determined fraction contribution of a source will only reflect the component of the OM that is preserved and not the original flux to the sediment.
Benthic Foraminifera
Subfossil benthic foraminifera can provide a physical record of changing benthic environmental conditions, such as changes in groundwater salinity, dissolved oxygen concentrations, or organic matter supply (Caralp, 1989; Kaiho, 1994; Gooday, 2003; Jorissen et al., 2007). As such, benthic foraminifera were the model organism used to provide a proxy for any long-term changes in the benthic meiofaunal community in the passages proximal to the ocean of Aerolito Cave. After an assessment of the radiocarbon results (discussed further below), our research design included: 1) sampling both the oldest (basal core samples) and youngest (core-tops) parts of the stratigraphic record (n = 13), and 2) comparing Aerolito foraminiferal assemblages to the dataset of recent benthic foraminifera in Bermudian underwater caves (Cresswell and van Hengstum, 2021; n = 125).
Foraminifera were sampled from Core 1, Core 2, Core 4, Core 5, and Core 7 (n = 13, Figure 3). Core-top samples (n = 5) were collected from 5 to 7 cm core depths to ensure that both epifaunal (living at or near the sediment water interface) and infaunal (living deeper in the sediment) foraminiferal taxa would be represented, along with any taxonomic smoothing imparted by local taphonomic effects (e.g., currents or any bioturbation in oxygenated marine settings) or patchiness in local benthic foraminiferal communities. Samples were also collected near the base of the selected cores (n = 8). For each sample, a 1-cm wide interval of 0.63 cm3 of sediment was obtained from the core and rinsed over a >63-μm sieve to concentrate benthic foraminiferal tests. Benthic foraminifera were counted with a minimum census of 300 individuals per sample (Patterson and Fishbein, 1989; Fatela and Taborda, 2002; Schönfeld et al., 2012). In one sample, 0.63 cm3 of sediment was insufficient to reach our minimal census count goal and additional sediment was sieved from the same stratigraphic level, resulting in sample volumes spanning 0.63–3.13 cm3. To promote counting efficiency, four samples were split into representative aliquots using a wet-splitter prior to census counting (Scott and Hermelin, 1993). Foraminifera were wet counted and identified to the species level, with taxonomic identification based on taxonomic literature (Cushman, 1933; Loeblich and Tappan, 1987) and previous studies on cave foraminifera in Bermuda (van Hengstum and Scott, 2011; Little and van Hengstum, 2019; Cresswell and van Hengstum, 2021). The raw foraminiferal database of census counts from the 13 samples from Aerolito included 40 taxonomic units identified to the species level from 60 genera. The resulting dataset was subjected to both unconstrained Q-mode and R-mode cluster analysis to observe any natural groupings between the samples using R Studio software (version 1.1.423; R Core Team, 2020). Using a similarity profile analysis (SIMPROF), 1000 permutations of the cluster analysis were performed to yield a dendrogram with significant clusters (p < 0.05). First, the proportional abundance of each taxa was calculated using the “decostand” function in the “vegan” package (Oksanen et al., 2019) and bubble plots were generated using “ggplot2” (Wickham, 2016). Cluster diagrams and SIMPROF were produced in the “vegan” and “clustsig” (Whitaker and Christman, 2014) packages, using the proportional abundance values, Bray-Curtis dissimilarity index, and UPGMA cluster algorithms. Taxa were excluded from cluster analyses if the calculated standard error was greater than the proportional abundance for a taxonomic unit in all samples.
[image: Figure 3]FIGURE 3 | Detailed photographs and x-radiographs of sediment cores are shown with downcore coarse-grained particle deposition (Sieve-first LOI, D>63 μm), bulk organic matter (Classic LOI, weight %), stable carbon isotopic values (δ13Corg), and C:N ratios. Radiocarbon and microfossil sample positions are marked on relevant cores.
The foraminiferal results from Aerolito (n = 13) were then compared to dataset of recent foraminiferal distributions in surface samples from Bermudian marine caves (n = 125, Cresswell and van Hengstum, 2021) to create a new composite dataset of 138 samples. Taxonomic differences were evaluated at the genus level in the composite dataset to 1) promote equitable comparison between regions, and 2) taxonomic bias imparted by separate microscopists. While the genera Patellina and Patellinoides were originally differentiated in the samples from Aerolito Cave, they were subsequently grouped into a pseudo-Patellina genus for comparison to Bermuda (see discussion in Cresswell and van Hengstum, 2021). Biodiversity indices [Shannon-Weiner Index (H’) and Fisher’s Alpha (α)] for each sample was calculated from the raw counts in the final database using the “vegan” package. Species richness (Srare) was calculated using rarefaction with the “rarefy” function in “vegan” because of the spread in the number of individuals counted between samples (ranging from 377 to 1,151). The sub-sample size was set to 377 individuals, which is the minimum sample size observed. Finally, ternary diagrams were generated using the “ternary” package in R (Smith, 2017) with respect to: 1) the proportions of wall structure and life mode (epifaunal versus infaunal), and 2) the δ13Corg value of bulk OM. These ternary plots compared the total percent miliolid taxa (epifaunal and infaunal) to the remaining epifaunal (hyaline and agglutinated) and infaunal taxa (hyaline and agglutinated). Since agglutinated taxa were not common in the dataset from these shallow, tropical carbonate settings, this ternary division best highlighted structural differences in the miliolid-dominated dataset. Designation of hyaline and agglutinated taxa as epifaunal or infaunal primarily followed: Corliss and Chen (1988), Corliss and Emerson (1990), Corliss (1991), Jorissen and Wittling (1999), Murray (2003), with additional references to Rathburn and Corliss (1994), Alve and Bernhard (1995), Gooday (1996), Bernhard and Bowser (1999), Fontanier et al. (2002), and van Hengstum and Scott (2012).
RESULTS
Lithology and Chronology
Sediment in Aerolito is dominated by carbonate materials and organic matter, with negligible contributions from siliciclastic minerals and mean sediment accumulation is just 107 ± 19 cm (eight cores, range: 77–135 cm, Supplementary Table S1). Qualitatively, the sediment presents as fine carbonate matrix (e.g., micrite), with inclusions of coarse-grained shell material (bivalves and gastropods), carbonate fecal pellets, and sponge spicules that could be readily observed through stereomicroscopy of wet-sieved sediment (over a >63-μm mesh). In general, basal core sediment was dark brown in color versus the core-tops, and orange-colored iron-rich sediment appears at the base of Core 2 and Core 4, and from 25–17 cm in Core 1 (Figure 3). This sedimentary unit is separated with a sharp interface from overlying carbonate sediments and has decreased bulk organic matter content. Lastly, sedimentary bedding in the carbonate mud was not immediately visible in photographs, but linear bedding could be observed in x-radiographs (Figure 3). These observations indicate minimal (<3 cm) vertical post-depositional sediment mixing from bioturbation. However, bedding structures cannot be assumed to indicate long periods of continuous sedimentation because similar sedimentary structures can be rapidly generated following current dissipation and re-dissipation of suspended sediment load after an intense storm (e.g., hurricane).
The downstream passages have generally more bulk OM than the upstream passages (Figure 3). Downstream sites have highest bulk OM content toward the base of the core (up to 17.7%) with a gradual upcore decrease at an average rate of −0.11% OM cm−1. This upcore decrease in bulk OM is also present in upstream core sites (Core 2, Core 4, above 17 cm in Core 1), but with a lower rate of −0.04% OM cm−1. The lightest-shaded sedimentary layers in the greyscale radiographs document the densest layers, which typically correspond to iron-rich sediments or relatively higher fractional abundance of coarse sediment grains (D>63µm mg cm−3) that have the lowest measured bulk OM content (as low as 7.8% OM in Core 4). For instance, the coarser-grained iron oxide rich layer from 16 to 23 cm in Core 1 has a mean D>63µm of 100 mg cm−3 ± 40, whereas the rest of the 22 cm core has a mean D>63µm is 28 mg cm−3 ± 15. Coarse sediment mass generally increases upcore in the downstream cores, but there are no consistent trends in the upstream section (Figure 3). Spatially, the downstream cave areas between the sinkhole and the ocean are typically coarser than the upstream, with mean D>63µm values of 116 mg cm−3 ± 79 (n = 163 cm) versus 67 mg cm−3 ± 47 (n = 178 cm) upstream. Sediment with higher bulk OM that is typically near the base of the cores is hereafter referred to as OM-enriched deposits, whereas sediment with lower bulk OM is hereon referred to as OM-limited deposits.
Six radiocarbon dates broadly constrain the onset of sedimentation (Figure 3; Supplementary Table S2). The basal date from Core 1 has a probable 1σ age of 940 ± 10 cal yrs BP at 27–28 cm, which represents the oldest reliable date for the minimum onset of preserved sediment accumulation within Aerolito. The second date from Core 1 that is higher in the succession at 19–20 cm dates older to 2325 ± 20 cal yrs BP. However, this date was pulled from an interval with relatively high coarse-grained sediment content (>63 µm), which is perhaps dominated by older sediments reworked by a high energy hydrologic event and were subsequently incorporated into the radiocarbon dated bulk OM. In the downstream passage at Core 5, a date at 36–37 cm is aged to 2450 ± 50 cal yrs BP, but a date just 2 cm higher at 34–35 cm is 660 ± 10 cal yrs BP when bulk OM content increases to ∼18%. If the deeper date from Core 5 is accurate, it would suggest ∼1,800 years of non-deposition at this core site. Sediments from the basal 35–43 cm interval in Core 5 have relatively low bulk OM (12.9% ± 1.1), which is not represented in other downstream cores. Alternatively, the date at 36–37 cm in Core 5 was obtained on an older plant fragment that became deposited in the cave long after the plant died. The dated plant fragment deeper in Core 7 at 37–38.5 cm is 580 ± 20 cal yrs BP, but the dated plant fragment higher in the succession at 33.5–34 cm has an age of 740 ± 10 cal yrs BP. Again, this shallower and older date is likely a reworked plant fragment from the terrestrial surface that was deposited long after the original plant died. Based on the youngest possible dates in Core 1 (940 ± 10 cal yrs BP, 27–28 cm), Core 5 (660 ± 10 cal yrs BP, 34–35 cm), and Core 7 (580 ± 20 cal yrs BP, 37–38.5 cm), the sediment sampled by the cores accumulated in the last millennium, which is long after the cave was first flooded by Holocene sea-level rise.
Stable Carbon Isotopic Values and C:N Ratios
The δ13Corg values across all core samples (n = 222) range from −22.5 to −27.1‰, and the C:N values vary from 9.9 to 18.9. There is a general upcore decrease in C:N ratios, and δ13Corg values become more enriched (i.e., positive) (Figure 3). As a result, the OM-limited sedimentary sections near the top are relatively 13C-enriched and lower in their C:N values compared to the core bottoms. Spatially, sediment archived in downstream passages are characterized with relatively depleted δ13Corg values (mean: −25.0 ± 0.8‰, ranging from −23.6 to −27.1‰) and high C:N ratios (mean: 14.1 ± 1.6, ranging from 10.2 to 18.9). In contrast, sediments located upstream from the terrestrial opening show more enriched δ13Corg values (mean: −23.8 ± 0.9‰, ranging from −22.5 to −26.2‰) and lower C:N ratios (mean: 12.0 ± 1.0, ranging from 9.9 to 14.8).
In general, the two-source mixing model based on δ13Corg values indicates that 13C-depleted OM sources (e.g., terrestrial plants, mangroves), deliver a considerable portion of the organic carbon to the sediment (dataset range: 29–85%). However, there is generally greater terrigenous contribution at the base rather than at the core-tops (Figure 4). These patterns suggest that terrestrial organic carbon delivery to the sediment was greater in the past (basal core sediment) than in the present (core-top). Comparing the measured δ13Corg and C:N values with previously reported values of potential OM sources (Lamb et al., 2006) further indicates that organic carbon preserved in the Aerolito sediment is derived from two primary sources: vascular C3 plants and marine POM/algae (Figure 5A). In comparison to similar coastal caves in Bermuda (Cresswell and van Hengstum, 2021), sediment in Aerolito preserved less marine-sourced organic carbon, like from marine algae (Figure 5A). Interestingly, sedimentary OM closer to the marine opening (downstream) received greater contributions from vascular plant detritus than those near the terrestrial opening (upstream) (Figure 5). Moreover, higher bulk OM accumulation (up to 17.7% OM) was associated with greater contribution of percent terrestrial organic carbon (up to 85%) (Figure 5B).
[image: Figure 4]FIGURE 4 | Isotope mixing model results. Downcore trends in the percent terrestrial organic carbon (OC) as calculated from the δ13Corg values using a simple two-source mixing model. The terrestrial endmember value is δ13Corg = −28.2‰, as the mangrove vegetation reported by Gonneea et al. (2004), while the marine endmember is δ13Corg = −20.1‰, as the marine POM along the coast of the Cozumel Channel reported by Brankovits et al. (2017).
[image: Figure 5]FIGURE 5 | (A) Cross-plot between stable carbon isotopic values (δ13Corg) and C:N ratio of bulk organic matter in Aerolito Cave (this work) and Bermuda caves (Cresswell and van Hengstum, 2021). (B) Cross-plot between bulk organic matter content (Classic LOI, weight %) and the percent marine/terrestrial organic carbon as calculated from the two-endmember mixing model based on δ13Corg values.
Foraminiferal Communities
Benthic foraminifera were abundant in sediment from sampled areas in Aerolito (Figure 2). Two groupings can be identified in the dendrogram produced from unconstrained Q-mode cluster analysis (Figure 6), which generally separates core-top samples (i.e., less bulk OM, more depleted δ13Corg values) from the bottom of the cores (i.e., higher bulk OM, more enriched δ13Corg values). The two communities are hereafter referred to as the OM-limited Community (recent) and the OM-enriched Community (past) (Figure 6). There is little taxonomic difference between the two communities identified by Q-mode cluster analysis, which indicates negligible long-term changes in water column structure in the sampled areas.
[image: Figure 6]FIGURE 6 | Dendrogram produced from two-way hierarchical cluster analysis of the benthic foraminiferal data in Aerolito. The Q-mode cluster analysis identifies two main groups: OM-limited Community (purple field) and OM-enriched Community (brown). The R-mode cluster analysis highlights dominant (Group I), common (Group II), rare (Group IV), and very rare taxa (Group IV). Sample codes (bottom row) are based on the core ID followed by sample depth in cm (e.g., C7_5.5 was sampled from Core 7 at 5.5 cm core depth).
However, the relative abundance of infaunal (i.e., Bolivina) versus miliolid taxa differentiates the two foraminiferal communities, along with the proportions of shared common taxa (Figure 6). In the OM-limited Community (core-tops), the dominant fauna (>10%) are the porcelaneous miliolid taxa (33.1%; e.g., Quinqueloculina, Triloculina, Spirophthalmidium) and the infaunal hyaline genus Bolivina (14.1%). Other common taxa (>5%) include Rosalina spp. (mean: 10.0%) and Spirillina (mean: 5.7%) (Supplementary Table S3). In contrast, the OM-enriched Community (basal sediments) has an increased abundance of Bolivina (20.7%), decreased miliolids (21.2%), and common occurrences of Rosalina (9.0%) and Eponides (6.1%). Foraminiferal density is also higher in the OM-limited Community (mean: 4357 individuals cm−3) than the OM-enriched Community (mean: 915 individuals cm−3), though both communities have a similar diversity (H’OML: 2.36; H’OME: 2.62).
The R-mode cluster analysis identifies four groups of species (Figure 6). Group I contains the top four dominant taxa (mean: ≥5%) present in both communities from the unconstrained Q-mode cluster analysis: miliolid taxa, Bolivina, Rosalina, and S. vivipara. Group II comprises the greatest number of taxonomic units (n = 19), which are common to both communities and includes taxa such as the infaunal taxa Bulimina, Ammonia, and rare agglutinated fauna. Ammonia is rare in the OM-limited Community (mean: <1%), but it achieves a higher proportion in the OM-enriched Community (mean: 4.7%). Group III (n = 10) contains rare taxa (mean: <2%) that are present in nearly every sample, whereas Group IV consists of only two genera which occur in only two samples (mean: <1%).
The two communities also exhibit differences in foraminiferal test structure and morphology (Figure 7; Supplementary Table S4). The ternary diagrams depict an overall increase in miliolid taxa in the core-top (i.e., youngest) versus bottom (i.e., oldest), and differences in the proportions of infaunal taxa versus epifaunal taxa. The older OM-enriched Community (numbered brown data points on Figure 7A) has more infaunal taxa (mean: 46.5%; range: 42.5–52.1%), such as Bolivina, Buliminella, and Fursenkoina, with decreased miliolid abundance (20.7%; range: 17.3–23.7%) and epifaunal taxa (mean: 31%; range: 27.6–38.4%). The younger OM-limited Community (numbered purple data points on Figure 7A) has higher miliolid abundances (mean: 20.7%; range: 17.3–23.7%), epifaunal species (mean: 28.7%; range: 23.8–38.4%), and decreased infaunal taxa (mean: 34.4%; range: 26.1–43.5%).
[image: Figure 7]FIGURE 7 | Ternary diagrams depicting the proportion of benthic foraminiferal taxa in each sample organized into miliolid, non-miliolid epifaunal, and non-miliolid infaunal taxa. Results from this study (numbered circles and squares) are compared to benthic foraminifera from karst subterranean estuaries in Bermuda (smaller circles) (Cresswell and van Hengstum, 2021). Samples in the ternary diagram are color coded (A) by community designation (Aerolito Cave OM-limited Community in purple and OM-enriched Community in brown), and (B) by δ13Corg values of sediment OM.
DISCUSSION
Integrity of Sedimentation
Based on the radiocarbon ages, the basal age result of ∼940 cal yrs BP from Core 1 most likely constrains the earliest possible onset of modern sedimentation. An overall young (i.e., last millennium at most) age for the recovered stratigraphy from this part of Aerolito Cave is also supported by the young basal age from Core 7 of 580 ± 20 cal yrs BP at 37–38.5 cm. Parts of the western North Atlantic margin experienced increased intense hurricane activity from 2600 to 1000 cal yrs BP (Donnelly and Woodruff, 2007; van Hengstum et al., 2016). Thus, it is possible that any older than ∼1,000 years old sedimentary deposits were washed out from the cave when more frequent intense hurricane activity repetitively increased the velocity of groundwater flow.
Although an assessment of temporal change is tempered by potential impacts to the stratigraphic integrity by more recent high-energy storm events, the recovered cores do preserve a record of long-term environmental change in Aerolito during the last millennium. Older radiocarbon dated material (e.g., ∼2450 and 2325 cal yrs BP in Core 5 and Core 7) could either have been transported and deposited into the cave after death of the original plant, or potentially indicate re-suspension of preexisting sedimentary material in the cave following a hurricane. Occasional increase in coarse-grained sediment content in the cores collectively suggest that modern sedimentation has likely been affected by episodic hydrologic events like hurricanes. However, distinctive coarse-grained tempestite beds were not visible in the stratigraphy despite the available sediment supply (e.g., shell material), and the upcore stratigraphic trends are not characterized by repetitive fining upward sequences that commonly develop from hurricane-induced suspension and redeposition of sediment in marine environments (Kuenen and Migliorini, 1950; Wanless, 1981; Bentley et al., 2002; Toomey et al., 2013). The original horizontal bedding imaged by the x-radiographs and the intact iron-rich sedimentary deposit in Core 1, with sharp contacts with overlying and underlying carbonate sediment, all lend further support that the sediments can be used to evaluate long-term environmental trends (Figure 3). While some bioturbation is expected, these sedimentary structures indicate that complete vertical post-depositional sediment mixing and homogenization from bioturbation or groundwater currents have not occurred. Taken together, these observations lend confidence that the recovered cores preserve, at least, a low-resolution record of long-term environmental change in Aerolito.
Iron Oxide Sediment
Sedimentary layers with increased iron oxide concentrations occur both intercalated within a core (Core 1) and at the base of cores (Core 2 and Core 4; Figure 3). The intercalated iron-rich sedimentary unit in Core 1, which has decreased bulk OM content, is separated with a sharp interface from overlying sediments. It is highly likely that Cozumel experiences some Saharan dust deposition from atmospheric transport (Prospero and Nees, 1986; Prospero and Lamb, 2003; Muhs et al., 2007). However, the recovered iron-rich sediments are likely not derived from Saharan dust deposition because these sediments are most likely less than 1,000 years old (see above), and Aerolito and other caves flanking the Cozumel Channel at similar elevations would have already been flooded by Holocene sea-level rise (Gabriel et al., 2009; Milne and Peros, 2013; Khan et al., 2019).
An alternative hypothesis is that these iron-rich sedimentary deposits have an in situ, subaquatic origin. In siliciclastic subterranean estuaries, the oxidative precipitation of dissolved Fe(II) from the mixing of seawater and groundwater causes iron oxide deposition in the subsurface (Charette and Sholkovitz, 2002). Similar iron-rich deposits have been observed in Palm Cave (van Hengstum et al., 2019) and Green Bay Cave (van Hengstum et al., 2011) in Bermuda, where it has been hypothesized that they originate from the oxidative precipitation of Fe(II)-rich minerals in an “iron curtain” along a redox gradient at the sediment-water interface as anoxic saline groundwater upwells into the oxygenated caves within carbonate platforms (van Hengstum et al., 2011; van Hengstum et al., 2019). We speculate that a similar mechanism is also occurring in Aerolito Cave, but further work is required to assess these geochemical processes in KSEs.
Evidence for Reduction in Organic Matter Inputs From a Mangrove Habitat
Based on the simplistic two-endmember mixing model, the terrestrial-sourced OM contributions to the sediment OM pool vary from 29 to 85% (Figure 5B). Although the proportion of 13C-depleted OM has decreased over time, its sources continued to contribute to the sediments throughout the record (Figure 4). These patterns are most likely a result of mixed OM supply from the mangroves or other vegetation surrounding the terrestrial opening, similar to observations in the Yucatán Peninsula (van Hengstum et al., 2010; Collins et al., 2015), The Bahamas (Tamalavage et al., 2018; Björnerås et al., 2020), and Bermuda (van Hengstum et al., 2011; Little and van Hengstum, 2019). Globally, mangrove ecosystems are important carbon reservoirs (Donato et al., 2011) and a major source of organic carbon to the oceans (Dittmar et al., 2006; Maher et al., 2013), and they clearly contribute considerable organic carbon to tropical KSEs. POM with low C:N ratios and 13C-depleted isotopic values, which is indicative of in-situ biomass production by freshwater algae in the flooded sinkhole, is another likely source of OM that fluxes into the cave environment (Tamalavage et al., 2018). It is possible that the higher C:N ratios in basal core sediment is partly from diagenetic alteration of OM from the preferential loss of nitrogen (e.g., Fogel et al., 1989; Benner et al., 1991; Gonneea et al., 2004; Lamb et al., 2006). However, increased C:N values in the basal sediments are associated with high bulk OM content and depleted δ13Corg values, which suggests that OM inputs from the terrestrial sinkhole were higher in the past than in the present.
An upcore decrease in bulk OM is present in all cores and is associated with an overall decline in C:N ratios, increasing δ13Corg values, and consequent decrease in terrestrially derived OM contribution as estimated by the two-source mixing model (Figure 4). Because the joint shifts in bulk OM, C:N ratios, and δ13Corg values are most likely a result of lessening OM supply by mangrove vegetation through the sinkhole pool, it is possible that the mangrove habitat on the adjacent surface have shrunk in the last ∼1,000 years (Figure 8). One may consider that increased POM inputs from the marine algae (with more enriched δ13Corg values) could also explain the decrease in the fraction of terrestrially derived OM in the sediments. However, the OM-enriched sediment in Aerolito has depleted δ13Corg values and relatively high C:N ratios, which suggests that the observed shift in OM accumulation was primarily driven by changing supplies from wetland and/or terrestrial plants. Shifts in OM supply may affect biogeochemical cycling in KSEs, which could impact the composition of the discharged groundwater (Moore, 1999; Moore, 2010), but how this change in OM supply impacted elemental cycling in Aerolito through time remains unknown.
[image: Figure 8]FIGURE 8 | Landscape-level conceptual model summarizing organic matter (OM) dynamics in the karst subterranean estuary (KSE). Hydrologic forcing (blue arrows) through cave conduits accelerates the transport and exchange of material between the terrestrial and marine environments. These processes are especially amplified during episodic events (e.g., hurricanes). OM inputs from mangroves and terrestrial vegetation into the KSE were greater in the past (gray arrow) than in the present (black arrow), resulting in a decrease in the accumulated OM in the caves over time. Reduced OM inputs likely caused a shift in biogeochemical conditions which prompted a change in the benthic foraminifera communities. Higher terrestrial OM accumulation near the marine opening is from persistent seaward material transport during the last millennium.
Bulk OM content is generally higher near the marine opening that is downstream from the sinkhole, versus core sites that are proximal to and upstream from the sinkhole. Higher bulk OM has also been documented downstream from inland sinkholes (i.e., cenotes) on the Yucatán Peninsula (van Hengstum et al., 2009; Collins et al., 2015). Higher OM content downstream is associated with high C:N and depleted δ13Corg values (Figure 3) and, thus, likely receives larger contributions from terrestrial sources (Figures 4, 5B). Tidal-pumping of seawater between the ocean and karst aquifer facilitates the inland transport of marine-derived OM through the caves up to 400 m from the marine opening (Figure 4). At the same time, the general land-to-sea direction of fresh groundwater flow in the region promotes the seaward transport of non-marine POM delivered to the flooded cave environment through the terrestrial opening, rather than upstream from the terrestrial opening. This scenario is consistent with our observations in situ. During sample collections, sediment accumulation was negligible in the conduits further inland from the upstream sampling locations. Extreme hydrologic events (e.g., hurricanes) can amplify the seaward groundwater transport and subsurface currents, which may further influence POM distribution in the conduits. Hydrodynamic sorting may also contribute to the dissemination of terrigenous POM during hydrologic transport (Keil et al., 1994; Goñi et al., 1997).
In summary, evidence for continuous accumulation of terrestrially derived OM in the downstream passages confirms that the conduits have facilitated land-to-sea transport of OM during the last millennium (Figure 8). These observations support findings in other KSEs that the type of surface vegetation and the presence of terrestrial openings are key factors regulating POM inputs to coastal sinkholes (e.g., van Hengstum et al., 2010; van Hengstum et al., 2011; Collins et al., 2015; Gregory et al., 2017; Tamalavage et al., 2018; Little and van Hengstum, 2019). Such high POM inputs can promote eutrophic KSE sub-habitats that are in contrast with oligotrophic cave areas distant from openings (Pohlman, 2011; Brankovits et al., 2017) and the greater aquifer (groundwater-rock matrix) with limited connectivity to the surface. Open sinkholes, however, are known to exert a clear biogeochemical influence on the subterranean realm on tropical carbonate landscapes, and their influence is transmitted to oligotrophic caves and to the ocean by groundwater flow. For example, quantitative evidence from time-series data have shown the importance of rainfall-induced hydrological transport of OM from inland mangroves to the coastline through cave networks (Coutino et al., 2020). Although karst platforms account for a substantial percentage of certain trace element inputs to the ocean globally (Beck et al., 2013; Gonneea et al., 2014; Mayfield et al., 2021), point-sources of groundwater discharge only represents a (likely small) portion of these inputs. Point-source discharge, however, can influence coral reefs (Crook et al., 2012) and other local ecosystems (Moosdorf et al., 2015) while contributing to the heterogeneity of land-to-sea material fluxes along global coastlines (Luijendijk et al., 2020; Moore and Joye, 2021; Rocha et al., 2021).
Broader Comparison of Benthic Foraminifera Communities
Aerolito Cave contains benthic foraminiferal taxa that are similar to flooded coastal caves in Bermuda (Cresswell et al., 2017; Cresswell and van Hengstum, 2021). However, the foraminiferal communities of Aerolito have a lower proportion of epifaunal taxa and increased infaunal taxa. For example, non-miliolid epifaunal taxa reach proportions as high as >80% in Bermuda while the maximum proportion recorded in Aerolito is only 38.4% (Figure 7). The OM-enriched Community of Aerolito is most similar to foraminiferal communities from Bermuda that are also found in sediments with depleted δ13Corg values (likely because of increased terrestrial OM input), such as Community 4 from Green Bay Cave (GBC), as both contain a larger proportion of infaunal taxa (meanOME: 46.5%; meanGBC: 33.7%) and decreased miliolids (meanOME: 20.7%; meanGBC: 12%) (Figure 7). Aerolito’s OM-limited Community (core-top) is more similar to Community 5B in Green Bay Cave, as both foraminifera communities have similar abundances of miliolid taxa (meanOML: 35.6%; meanGBC: 36.2%). Green Bay Cave’s well-oxygenated water column is exposed to regular tidally forced groundwater-seawater exchange.
Overall sediment δ13Corg values in Aerolito are more depleted than observed in Bermuda marine caves (Figures 5A, 7B), which suggests that marine POM provides a larger contribution to the sedimentary OM pool in Bermuda KSEs than in Aerolito. Like Bermuda, sediments with a higher proportion of miliolid taxa in Aerolito tend to have more enriched δ13Corg values (Figure 7B), which suggests that marine-derived POM delivery is beneficial to miliolid taxa in these environments. Sediment δ13Corg values in Aerolito are most similar to the terrestrially influenced regions of Green Bay Cave (mean: −24.37‰) and Cow Cave (mean: −25.93‰) in Bermuda. More broadly, the presence of Spirophthalmidium emaciatum is also consistent with marine caves in Spain (Bergamin et al., 2020) and Bermuda (Cresswell and van Hengstum, 2021). Future comparisons to marine caves elsewhere in the tropical North Atlantic, such as Giant Cave in Caye Caulker (Fosshagen and Iliffe, 1991), could provide further insight into the differential impacts of OM delivery on cave benthic meiofaunal communities. It remains unknown how variation in the relative contributions from marine and terrigenous OM sources cascades and impacts the subterranean food webs in Bermuda versus Aerolito, but perhaps these differences contribute to regional biogeographical variances in higher-order cave fauna.
Benthic Foraminifera Respond to Organic Matter Changes
Foraminiferal community shifts suggest that decreasing OM inputs from a mangrove habitat over time impacted the benthic meiofaunal community in Aerolito Cave. Benthic foraminiferal communities are significantly controlled by OM quantity and source (e.g., terrestrial versus marine), both as a food source and by impacting bottom water and pore-water oxygenation (Corliss and Chen, 1988; Gooday and Turley, 1990; Bernhard, 1992; Jorissen et al., 1995; Belanger et al., 2020; Dimiza et al., 2020). The environmental control of OM supply on benthic foraminiferal communities has been documented in a variety of coastal environments such as the Mediterranean (Dimiza et al., 2020) and the Bay of Biscay (Fontanier et al., 2002), as well as the deep sea (Corliss and Chen, 1988; Jorissen et al., 1995). OM effects on benthic foraminiferal microhabitats have been previously explored within the KSEs of Bermuda (van Hengstum and Scott, 2011; Cresswell et al., 2017; Little and van Hengstum, 2019; Cresswell and van Hengstum, 2021), where habitats with more increased terrestrial-based OM (depleted δ13Corg values) are favored by certain taxa (e.g., Helenina, Bolivina, Rosalina).
In Aerolito, the basal part of the cores that have increased bulk OM and depleted δ13Corg values are associated with increased infaunal benthic foraminifera (e.g., Bolivina, Bulimina, Fursenkoina) and Ammonia beccarii (mean: 4.7% versus <1% in core-tops, Figures 6, 7). However, there was likely no widespread or long-term change in the physicochemical characteristics of the water column (e.g., dissolved oxygen and salinity). While increased Ammonia and infaunal taxa can be related to decreased dissolved oxygen concentration (Moodley and Hess, 1992; Jorissen et al., 1995; Sen Gupta et al., 1996), miliolid foraminifera are generally intolerant to long-term sub-oxic to anoxic conditions (<1.5 ml/L dissolved oxygen; Kaiho, 1994) and they are abundant in all Aerolito samples examined. In addition, the lack of agglutinated taxa (e.g., Trochammina, Entzia, Miliammina) associated with brackish water in caves and sinkholes (van Hengstum et al., 2008; Little and van Hengstum, 2019; Cresswell and van Hengstum, 2021) indicates that brackish conditions at the sediment-water interface were not persistent over the last 1,000 years in Aerolito. These results suggest that despite observations for short-term water column changes in Aerolito from increased freshwater discharge during hurricanes (Calderón-Gutiérrez et al., 2018), the conditions rebound back to the pre-storm conditions fairly quickly. Alternatively, subtle changes in OM sourcing and supply may alter: 1) the dissolved oxygen concentrations in the benthic foraminifera microhabitats, in turn impacting foraminiferal distributions, or 2) OM resource allocation and exploitation by different foraminifera genera in KSEs (Cresswell and van Hengstum, 2021). While in-situ microcosm experiments could help resolve the precise mechanisms, these findings indicate that changes in OM delivery into Aerolito over time have impacted benthic meiofaunal communities.
CONCLUSION

• Only young sediment from the last 1,000 years is preserved in Aerolito, despite the fact that the cave was flooded by the coastal aquifer thousands of years prior from deglacial sea-level rise. More frequent intense hurricane activity prior to 1,000 years ago may have exported older sediment out of the cave from constant increases in groundwater flow and discharge rates.
• The source and quantity of OM exported from the subterranean estuary to adjacent ocean is not constant through time, and its export is linked to: 1) changes in adjacent aquatic and terrestrial habitats and 2) potentially large storm events. In contrast, the coastal caves have allowed marine-derived OM to enter the aquifer in spite of the net land-to-sea hydrologic transport from the discharge of coastal groundwater.
• Over the last millennium, a decrease in terrestrial OM deposition (reduction in C:N ratios and increase in δ13Corg values) in the cave suggests that the magnitude of OM inputs from adjacent subaerial environments has decreased. We hypothesize that the contribution of 13C-depleted OM from mangroves in the adjacent sinkhole has changed through time, caused by a decrease in the areal extent of the mangroves in the area.
• Benthic foraminiferal community changes reveal an ecological response to decreased OM supply to the cave through time. In the past, when OM supply was higher and dominated by non-marine sources (i.e., depleted δ13Corg values), the benthic foraminiferal community in Aerolito was composed of taxa preferentially found in sediment with 13C-depleted bulk OM in Bermudian caves that have well-oxygenated water columns. The hypothesized cause of these community shifts is a change in food resource partitioning between foraminiferal genera through time.
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Karst subterranean estuaries (KSEs) are created from the two- and three-way mixing of saline groundwater, rain, and oceanic water in the subsurface on carbonate landscapes, and this hydrographic framework promotes unique physical processes, biogeochemical cycling, and biological communities. Here we provide evidence that the source and quantity of particulate organic matter (POM) that is delivered to the benthos strongly correlates to benthic habitat partitioning in the oxygenated marine sectors of KSEs. A dataset of benthic foraminifera at 128 different locations from several large flooded cave systems in Bermuda were compiled and evaluated against common environmental characteristics (e.g., tidal exposure, substrate particle size, bulk organic matter, C:N, total organic carbon, and δ13Corg). Benthic areas receiving more carbon isotopically depleted organic matter sources (mean δ13Corg values < −23.2‰, C:N ratios >11), most likely from the terrestrial surface and some marine plankton, were dominated by Trochammina inflata, Bolivina spp., and Helenina anderseni. In contrast, benthic areas receiving more carbon isotopically enriched organic matter sources (mean δ13Corg values > −21.6‰, C:N ratios <10), most likely from marine plankton transported through marine cave openings cave from adjacent coastal waters, were dominated by Spirophthalmidium emaciatum, Spirillina vivipara, Patellina corrugata, and Rotaliella arctica. The benthic foraminifera most distal from any cave entrances were dominated by taxa also known from the deep-sea (e.g., Rotaliella, Spirophthalmidium) in sediment with the lowest bulk organic matter content (mean: 6%), or taxa that prefer hard substrates and are potentially living attached to cave walls (Patellina, Spirillina). While physical groundwater characteristics (e.g., salinity, dissolved oxygen) are expected drivers of benthic ecosystems in KSEs, these results suggest that POM source, quantity, and delivery mechanisms (e.g., groundwater-seawater circulation mechanisms, terrestrial flux) play an important role in benthic habitat partitioning and the spatial variability of biogeochemical cycles in the oxygenated marine sector of KSEs.

Keywords: anchialine, marine cave, submarine cave, Bermuda, karst, subterranean estuaries, foraminifera, subterranean ecology


INTRODUCTION

Karst subterranean estuaries (KSEs) are an environment created from the two- and three-way mixing of saline groundwater, rain, and oceanic water in the subsurface on carbonate landscapes, and this hydrographic framework promotes unique physical processes, biogeochemical cycling, and biological communities. Research on subterranean estuaries has significantly increased in the last 20 years (Moore, 1999; Gonneea et al., 2014; Brankovits et al., 2017, 2018; Pain et al., 2019, 2020; Duque et al., 2020). Traditionally, the biologic-focused study (fauna and ecosystems) of caves that are flooded by a KSE have been described with the adjectives anchialine or marine cave environments (Iliffe et al., 1983, 1984; Stock et al., 1986; Bishop et al., 2015). Since the groundwater-ocean dynamics that create KSEs are linked to sea level, KSEs also vertically migrate in the subsurface in response to orbitally-forced changes in eustatic sea level (van Hengstum et al., 2019) and this is represented in the fossil record (Proctor and Smart, 1991; van Hengstum et al., 2009; Rosso et al., 2015, 2018; Guido et al., 2017). Despite advances in the last decades, there still is considerable uncertainty regarding ecosystem functioning in modern KSEs, including the impact of organic carbon on benthic community ecology (Figure 1).


[image: Figure 1]
FIGURE 1. Conceptual model of a karst subterranean estuary (KSE) and the anchialine habitat continuum created by subsurface groundwater variability (van Hengstum et al., 2019). Western North Atlantic anchialine fauna (e.g., fish, shrimps, decapods, ostracodes, foraminifera, marine Porifera, and Bryozoa) are positioned in their typical groundwater habitat based on observations from several localities, including The Bahamas (⋆), Yucatan Peninsula (•), and Bermuda (♦). Typhlatya shrimp exemplify habitat and resource partitioning in the KSE (Chávez-Solís et al., 2020).


Benthic foraminifera are useful for investigating environmental variability and benthic habitat partitioning in KSEs in both modern and ancient settings (Balduzzi and Cattaneo, 1985; Proctor and Smart, 1991; van Hengstum et al., 2008, 2009; Omori et al., 2010; Guido et al., 2017; Bergamin et al., 2018, 2020; Romano et al., 2018, 2020). Benthic foraminifera are eukaryotic protists that live among the meiofauna (0.062–0.5 mm in size) in most marine settings, and they exhibit ecological zonation from physical environmental gradients (e.g., salinity, organic matter flux, dissolved oxygen). In the deep-sea, benthic foraminifera they can account for 50% of eukaryotic biomass in sediment (Gooday et al., 1992). Foraminifera are heterotrophs that eat phytodetritus, terrestrial detritus, prokaryotes, among other trophic strategies, with only a few species living in symbiotic relationships with photosynthetic algae (Gooday, 1988, 1993; Goldstein and Corliss, 1994; Linke et al., 1995; Nomaki et al., 2005; Dupuy et al., 2010). Individual foraminifera produce a simple shell, or test, that remains within the sediment after death, so statistically significant populations can be sampled by SCUBA divers during routine ecological surveys, or their fossil remains can preserve a record of prehistoric KSEs.

Here we document how benthic foraminiferal communities correlate with particulate organic carbon source, quantity, and delivery mechanisms in Bermuda's horizontally expansive submerged caves, which represent areas of KSEs where salinity and dissolved oxygen are not limiting factors. Bermuda is a ~35 million year old volcanic seamount in the North Atlantic Ocean, that is capped by 30–80 m of limestone interspaced by paleosols (Pirsson and Vaughn, 1917; Woolard and Ewing, 1939; Plummer et al., 1976; Palmer et al., 1977; Vacher et al., 1995). The limestone units deposited during Quaternary sea-level high stands have weathered into a mature karst landscape (Mylroie et al., 1995), with abundant cave-related karst development in the oldest carbonate formations that are concentrated in the northeastern part of the island (Land et al., 1967; Plummer et al., 1976; Palmer et al., 1977; Vacher and Rowe, 1997). Bermuda is an ideal location for this study because the flooded caves are an established biodiversity hot spot of endemic anchialine fauna (Iliffe et al., 1983), and its surrounding marine environments have been the focus of long-term oceanographic study (e.g., Woolard and Ewing, 1939; Neumann, 1965; Morris et al., 1977) and foraminiferal work (Carmen, 1927; Steinker and Clem, 1984; Javaux and Scott, 2003). This study provides the broadest geographic perspective yet available for benthic foraminiferal distributions in the KSE habitat for any global island by combining foraminiferal census data from 28 new samples from the 2nd largest flooded cave (Palm Cave) into a new dataset with 100 samples from previously studied caves in Bermuda (Deep Blue, Cow Cave, Green Bay Cave).



MATERIALS AND METHODS


Research Design and Study Sites

Submerged caves in Bermuda are most abundant in the oldest geologic formations (e.g., Walsingham Formation) between Castle Harbor and Harrington Sound, and between North Shore Lagoon and Harrington Sound (Figure 2). The volcanic-limestone contact has not yet been observed in any flooded cave, and cave passages are generally shallower than ~23 m below sea level. This study focuses on two large caves with physical connections into Harrington Sound (i.e., Green Bay Cave, Palm Cave), and two cave entrances that are slightly more inland (Cow Cave, Deep Blue). Harrington Sound is a shallow coastal embayment that is ~5 km2, with a mean depth of 14.5 m below sea level, and a maximum depth of ~25 m below sea level in the southwest (Parsons et al., 2015). It is estimated that the seawater residence time in the mixed layer of Harrington Sound is ~30 days from tidal exchange of seawater through the narrow channel at Flatts Inlet (Morris et al., 1977), but effective tidal mixing can be as long as 4 months (Parsons et al., 2015). Harrington Sound experiences seasonal hypoxia or anoxia from water column stratification in summer (Coull, 1969; Bates, 2017), which causes benthic sedimentary and ecological zonation: a sandy shallow zone with sea grass and macroalgae (0–10 m), the Oculina coral zone (10–19 m), and the subthermocline zone (19–26 m) (Neumann, 1965). Seasonal dysoxia or anoxia have not been observed or documented in Bermuda's caves, and previous work documents that surficial foraminiferal distributions in Bermuda's caves are not typical of those observed in open ocean hypoxic to anoxic settings (Sen Gupta et al., 1996; Bernhard and Sen Gupta, 1997; Levin et al., 2009). This suggests that tidal pumping of seawater from the mixed layer in Harrington Sound into the caves is the dominant source of seawater. Tidal pumping also causes microtidal variability (<0.5 m) in the local groundwater table elevation (i.e., water table, Martin et al., 2012), which can be measured in the shallow pools that provide access to the flooded caves (Palmer et al., 1977; van Hengstum et al., 2015; Little and van Hengstum, 2019).
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FIGURE 2. (A) Digital elevation model of Bermuda in the North Atlantic Ocean. (B) Detailed map of Harrington Sound plotted in ArcGIS. Red stars indicate study site locations.


Bermuda's caves offer a great location for investigating the marine sector of a KSE on a carbonate platform that is nearly flooded by eustatic sea-level rise. The commonly-studied flooded caves in Bermuda do not discharge a meteoric lens toward the ocean like caves on larger carbonate landscapes in the Mediterranean area (Radolović et al., 2015; Romano et al., 2020) or Yucatan Peninsula (Suárez-Morales et al., 2004; Chávez-Solís et al., 2020). This is in part because Bermuda is currently in a late stage of carbonate platform flooding relative to the position of global sea level (van Hengstum et al., 2019), and local meteoric water masses in Bermuda are spatially diminished. On the carbonate platforms of The Bahamas, for example, landmass area and mean annual rainfall alone can be used to predict meteoric lens thickness on different islands (Cant and Weech, 1986). Bermuda does have five modest meteoric lenses located in geologically-recent lithologies (Vacher, 1978), but these are not located in the primary area of cave development on the isthmus between Castle Harbor and Harrington Sound (Walsingham Formation, highest porosity: Land et al., 1967). In northeastern Bermuda where the Walsingham Formation is located, only a thin (<50 cm), seasonal and ephemeral brackish cap occurs in some cave-collapse entrances, and a limited meteoric lens can form near the “Letterbox” area of Green Bay Cave that does not directly contact the sediment-water interface, or discharge water through marine exit into Harrington Sound (see map in van Hengstum and Scott, 2011). The mineralogy of sediment in Bermuda's caves is dominated by carbonates, along with localized deposits of paleosol eroding into cave from the terrestrial surface above. Lastly, while large carbonate platforms in the Bahamas and the Yucatan frequently have large sinkholes that host extensive primary productivity and are interconnected to flooded caves (Schmitter-Soto et al., 2002; Tamalavage et al., 2018), the most comparable geomorphologic feature in Bermuda is Cliff Pool Sinkhole in the Green Bay Cave System. Even then, Cliff Pool still only supports a thin (<0.5 m) brackish water mass whose salinity depends upon seasonal rainfall and aridity.

Two of the largest cave systems in Bermuda, Palm Cave (primary entrance: 32.34°N, 64.71°W) and Green Bay Cave (primary entrance: 32.33°N, 64.74°W), were targeted for analysis of recent foraminiferal distributions (uppermost 5 cm of sediment) and compared to the impact of tidal variability on foraminiferal distributions at cave entrances to the Walsingham Cave System at Deep Blue (32.347°N, 64.711°W) and the entrance to Cow Cave (32.34°N, 64.71°W). Green Bay Cave also has the largest direct connection to the sea at Harrington Sound. According to measurements of Iliffe (2008), 1,960,000 m3 of seawater flows into Green Bay Cave at a cross sectional area of 25.5 m2 during a flood tidal cycle. In contrast, Palm Cave has multiple, small subaerial entrances to the forest landscape in the Walsingham Nature Preserve, and one direct connection to Harrington Sound at Cripple Gate (cross sectional area: 0.6 m2) that permits ~1,000 m3 of seawater exchange during a flood tidal cycle (Iliffe, 2008). Both Palm Cave and Green Bay Cave have seagrass meadows (e.g., Thalassia testudinium, Syringodium filiforme) within 100 m of their marine entrances (Iliffe, 2008), in the shallow sandy benthic ecological zone in Harrington Sound (Neumann, 1965).



Benthic Foraminiferal Processing From Palm Cave

28 new surface (<5 cm depth, >30 cm3 of sediment) sediment samples were collected from various depths and locations throughout Palm Cave in August 2015 (Figure 3). At each sample station, a separate 50 mL centrifuge tube was filled with sediment by a SCUBA diver employing advanced technical cave diving procedures. Collecting this volume of sediment permitted separate sediment sub-samples from each station to be individually processed for benthic foraminifera, textural analysis, Loss-on-Ignition (LOI), and bulk organic geochemistry. The total assemblages of benthic foraminifera were analyzed at each sampling station, as some workers perceive this to be most reflective of long-term distributions (Buzas, 1968; Scott and Medioli, 1980; Debenay and Guillou, 2002). Benthic foraminifera were concentrated by wet sieving sediment sub-samples (0.63–5 cm3) over a standard 63 μm screen mesh, with the remaining coarse sediment residues sub-divided into representative aliquots using a wet splitter to enable representative census counts of ~300 individuals per sample (Patterson and Fishbein, 1989; Scott and Hermelin, 1993). While van Hengstum and Scott (2011) used a 45 μm sieve to concentrate benthic foraminifera in their study of Green Bay Cave, Little and van Hengstum (2019) documented negligible difference between resultant foraminiferal communities from Bermudian caves using 45 vs. 63 μm mesh sizes. Individual benthic foraminifera were wet picked onto micropaleontological slides and identified to the species level in most cases. Taxonomy was confirmed by comparing scanning electron microscopy of representative individuals to literature comparisons (Carman, 1933; Bermúdez, 1949; Loeblich and Tappan, 1987; van Hengstum and Scott, 2011; Little and van Hengstum, 2019). This produced a new dataset for benthic foraminifera from Palm Cave of 28 samples x 111 taxonomic observations (see Supplementary Material).


[image: Figure 3]
FIGURE 3. Detailed wall map of Palm Cave, showing explored cave passages that provide direct access to the subterranean estuary, with locations of surface sediment samples (orange circles) and cave entrances (adapted from original survey of Jason Richards). Maps and surface sample locations for Green Bay Cave, and Cow Cave and Deep Blue are provided elsewhere (van Hengstum and Scott, 2012; Little and van Hengstum, 2019).




Sediment Texture and Organic Geochemistry

Sediment texture (i.e., mean particle size) in Palm Cave was examined in separate sediment sub-samples using standard laser diffraction particle size analysis and loss on ignition (LOI) procedures. Organic matter was recorded as percent-lost relative to the original total sample weight after LOI at 550°C for 4.5 h (Heiri et al., 2001). Mean particle size for sediment sub-samples was measured with a Malvern Mastersizer 2000S laser particle size analyzer (Sperazza et al., 2004), with individual particles disaggregated in a sodium hexametaphosphate dispersant prior to analysis. The stable carbon isotopic value (δ13Corg) and C:N ratio of bulk sediment was measured on separate sediment sub-samples from the new sediment samples collected from Palm Cave (n = 28). In general, δ13Corg values of bulk sedimentary organic matter reflect the relative contributions of marine, terrestrial and pelagic organic carbon sources in coastal environments (Lamb et al., 2006; Khan et al., 2019). Terrestrial plants that preferentially use the C3 photosynthetic pathway produce organic tissues that are 13C-depleted and nitrogen-poor, with δ13Corg values generally ranging between −32 and −21‰ (Lamb et al., 2006). Sea grasses and macroalgae are common in the shallow waters from 0 to 10 m of Harrington Sound (sandy zone with seagrass and macroalgae of Neumann, 1965) where Palm Cave and Green Bay Cave have entrances (Wefer and Killingley, 1986; Fourqurean et al., 2015). Seagrasses are also important contributors of carbon isotopically enriched organic matter to the sediment in nearshore environments relative to marine plankton (Fry et al., 1977; Anderson et al., 1992; Kennedy et al., 2010). Based on measurements on plant tissues around Bermuda coastal waters, seagrasses (e.g., Syringodium and Thalassia: mean of −7.4‰, n = 455) and macro algae like Halimeda (mean of −14.3‰, n = 60) also have relatively more 13C-enriched δ13Corg values (see Table 1 in Burgett et al., 2018). The δ13Corg values of particulate organic carbon (POC) in the Sargasso Sea are similar to elsewhere in the tropical North Atlantic and range from ~-21 to −23‰ (Jeffrey et al., 1983; Altabet, 1990), and these values primarily reflect the ranges of marine planktonic algae (France, 1995). For samples from Palm Cave, carbonates were first digested with 1.0 M HCl for 12 h, and the remaining sediment residue was rinsed, desiccated, powdered, and weighed into silver capsules. Stable carbon isotope ratios (δ13Corg) were measured against international standards at Baylor University Stable Isotope Laboratory on a Thermo- Electron Delta V Advantage Isotope Ratio Mass Spectrometer. Final isotopic ratios are reported relative to the standard delta (δ) notation relative to Vienna Pee Dee Belemnite (VPDB) for carbon (expressed as parts per mil: ‰) with an uncertainty of ± 0.1‰, with the C:N ratio and total organic carbon (TOC, weight %) calculated from the analysis of the residual sediment fraction after acidification.



Data Analysis

A final dataset was compiled for further multivariate statistical analysis that contained 128 total samples: (a) the 28 new samples from Palm Cave (this study), 74 samples from Green Bay Cave (van Hengstum and Scott, 2011), 18 samples from Cow Cave (Little and van Hengstum, 2019), and 7 samples from Deep Blue (Little and van Hengstum, 2019). From Little and van Hengstum (2019), we use the >45 μm database, which has higher census counts and thus likely better represents the sampled areas. All taxonomic observations were grouped to the generic level to limit the impact of taxonomic bias imparted by different microscopists at the species level. The exception was the brackish water indicator Trochammina inflata, which was left at specific level to differentiate from co-generic marine taxa (e.g., T. globularis). Also, the final dataset amalgamated the taxonomically similar genera Pattelina, Heteropatellina, and Patellinoides (all members of the order Spirillinida). These genera were differentiated by Little and van Hengstum (2019, Deep Blue and Cow Cave), but lumped together by van Hengstum and Scott (2011, Green Bay Cave). The final combined dataset was 128 samples by 89 taxonomic units at the generic level (see Supplementary Material).

Numerical analyses were completed in R Studio software (version 1.1.383; R Studio, 2016). The final combined dataset of benthic foraminifera was used to calculate rarefied species richness (S) and the Shannon-Wiener Diversity Index (H), using the “rarefy” and “diversity” functions in the R package “vegan” (Gotelli and Colwell, 2011; Oksanen et al., 2013), and raw counts were converted to proportional abundances using the “decostand” function in the “vegan” package. Unconstrained Q-mode cluster analysis was used to help divide the dataset into ecologically meaningful benthic foraminiferal communities by grouping statistically similar populations (Legendre and Legendre, 1998). Prior to cluster analysis, the proportional abundances were square root transformed to minimize the impact of dominant species and to better compare community structure (Legendre and Legendre, 1998). Samples were then subjected to hierarchical cluster analysis using an unweighted paired group averaging algorithm and the Bray-Curtis dissimilarity index using the “simprof” function in the “clustsig” package (Clarke et al., 2008; Whitaker and Christman, 2014), and the “vegdist” function in the “vegan” package (Oksanen et al., 2013). The proportion of dominant taxa in the dendrogram (5% proportional abundance in at least 1 sample) were illustrated between the different samples by generating a vertical stratigraphic plot using the “stratplot” function in the “rioja” package (Juggins, 2015). Finally, physical environmental parameters were graphically summarized in box-and-whisker plots: δ13Corg, C:N, bulk organic matter-LOI, TOC, mean particle size, and mean groundwater depth, and compared to the benthic foraminiferal communities grouped by unconstrained Q-mode cluster analysis.




RESULTS: BENTHIC FORAMINIFERAL COMMUNITIES

Similar to other Bermudian caves investigated (Green Bay Cave, Deep Blue, and Cow Cave), Palm Cave has abundant benthic foraminifera with a mean concentration of 7256 individuals per cm3 of sediment (range: 458–14,603). No new endemic species of foraminifera are described, but the identified benthic foraminiferal communities differ from those found in other Bermudian coastal environments (e.g., mangroves, carbonate lagoons, or reefs: see Javaux and Scott, 2003). Seven communities of benthic foraminifera can be recognized at a dissimilarity index of 0.44 on the dendrogram produced from unconstrained Q-mode cluster analysis (Figure 4), but this division increases to nine groupings if Community 5 is subdivided at a dissimilarity of index of ~0.36 (discussed below). Two samples were plotted at the bottom of the dendrogram and were deemed most dissimilar to the other samples: ISC-72 and CC5-ITA. From the original dataset, however, the very high relative abundance of Spirophthalmidium emaciatum (70%) in ISC-72 suggests this sample is most closely related to Community 6. Similarly, CC5-ITA had a very high abundance of Trochammina, Entzia, and Miliammina relative to other samples in Community 1. With currently available data, we consider that the samples CC5-ITA and ISC-72 are just endmember examples in Community 6 and 1, respectively.
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FIGURE 4. Benthic foraminiferal communities in Palm Cave, Green Bay, Cow Cave, and Deep Blue as defined by groupings in a dendrogram produced from Q-mode cluster analysis. A 7-cluster (dissimilarity 0.44) or a 9-cluster division (dissimilarity 0.36) of the dendrogram correlates well with the measured environmental variables. Only taxa with >5% in at least one sample are shown to emphasize significant fauna.


Community 1 characterizes the intertidal zone of Cow Cave, and this lower diversity (H = 2.2) community is dominated by taxa known to tolerate periodic aerial exposure related to tides, high quantities of bulk organic matter in the sediment, and lower salinities. Dominant taxa include Trochammina inflata (mean: 18.3%), Miliammina fusca (mean: 13.1%), and Entzia macrescens (mean: 8.7%; Table 1). Tidal variability of the water table causes periodic exposure of these shallow benthic areas (Figure 5), and this community likely also experiences repeated brackish conditions from rain and surface runoff (Little and van Hengstum, 2019). Community 1 is characterized by the highest bulk organic matter content (mean: 25.5%), which is predominantly derived from terrestrial sources based on the mean δ13Corg values and C:N ratio (mean: −25.9‰, mean C:N ratio: 18.3; Figure 6).


Table 1. Selected summary statistics for environmental characteristics, and arithmetic mean of the percent abundance of dominant taxa in each benthic foraminiferal community.
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FIGURE 5. Box-and-whisker plot of summary statistics (mean is red dot, median is central line) for benthic environmental characteristics associated with each benthic foraminiferal community. Despite the trend or gradient observed in δ13Corg values, C:N ratios, and bulk organic matter content, the brown (blue) colored boxes identify benthic foraminiferal communities that prefer terrestrial (marine) organic matter sources delivered to the benthos.
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FIGURE 6. Crossplot of δ13Corg values and C:N ratio of bulk sediment from the Palm Cave (this work), Green Bay Cave (van Hengstum and Scott, 2011), Cow Cave, and Deep Blue (Little and van Hengstum, 2019). Samples are grouped according to their benthic foraminiferal communities. Colored ellipses correspond to 95% confidence intervals around the mean values for selected groups. The values of δ13Corg and the C:N ratio of other organic carbon pools are compiled from the literature (Lamb et al., 2006; Kennedy et al., 2010; Fourqurean et al., 2019).


Community 2 includes subtidal areas of Deep Blue in the saline groundwater mass that are exposed to normal sunlight. The benthos has lower bulk organic matter (mean: 18.8%) than Community 1, but the organic carbon remains primarily sourced from the adjacent terrestrial surface (mean: −26.1‰, C:N ratio mean: 11.1; Table 1). This community has higher species richness (S = 28) and diversity (H = 2.7) than Community 1, which is most likely because these benthic area are constantly submerged. This community is dominated by the infaunal genus Bolivina (mean: 16.6%), T. inflata (mean: 12.2%), and H. anderseni (mean: 7.5%, Table 1). Rosalina is also dominant (mean: 10.5%), which is primarily Rosalina globularis, and small-sized Triloculina oblonga (mean: 12.2, Supplementary Material).

Communities 3 and 4 occur in a transect of increasing depth into the saline groundwater at Cliff Pool Sinkhole within the Green Bay Cave (AC-04 to AC-11 of van Hengstum and Scott, 2011), and include the shallowest samples from Cliff Pool Sinkhole (ML-1, ML-2, ML3). The shallow sinkhole itself receives direct sunlight, and shallow sampling sites have taxa that must be tolerant of brackish conditions. Communities 3 and 4 start in open water, and form a transect down into the aphotic zone of Green Bay Cave. Community 3 is dominated by Bolivina spp. (mean: 20.2%), H. anderseni (mean: 21.4%), and Rosalina spp. (mean: 11%). While Ammonia (mean: 11.6%) has been grouped to the generic level, van Hengstum and Scott (2011) observed that Community 3 was characterized by Ammonia beccarii var. tepida. In contrast, Community 4 has higher species richness (S = 30) and diversity (H = 2.6), and Bolivina spp. (mean: 26%) and Rosalina spp. (mean: 11%) remain dominant (Figure 4; Table 1). However, Community 4 also includes other taxa like phytodetritus feeding Melonis barleeanum (mean: 5.8%), Siphogenerina columellaris (mean: 4.9%), Siphonina (mean: 4.2%), and Nonionella (mean: 4.7%, Figure 4). Community 3 contains a mean of 14.1% of bulk organic matter, and a mean δ13Corg value of −24.2‰ and a mean C:N ratio of 11 (Table 1), whereas Community 5 has higher bulk organic matter (mean 17.5%) content.

Most of the samples collected from throughout Palm Cave, Cow Cave, and Green Bay Cave collectively form Community 5 at a Bray-Curtis dissimilarity index of 0.44. Community 5 is located in benthic areas that: (i) are only impacted by saline groundwater, (ii) are not subaerially exposed anytime during the tidal cycle, and (iii) are in the aphotic zone. While all the areas characterized by Community 5 samples have similarities, important differences emerge with the physical environmental characteristics that warrant dividing further at a Bray-Curtis dissimilarity index of 0.36 (Figure 4). For example, Communities 5A, 5B, and 5C show a trend toward more enriched δ13Corg values and decreasing bulk organic matter content (Figure 5). Community 5A is located in the subtidal areas of the roofed Cow Cave, and is located in shallow subtidal pools that are proximal to the adjacent terrestrial landscape. Except for the samples collected specifically in Cliff Pool Sinkhole (ML-1, ML-2, and ML-3), most of Communities 5B and 5C are located deeper in the saline groundwater. Community 5A is also a transition between benthic foraminiferal communities characterized by more depleted δ13Corg values (Communities 1–4) vs. more enriched δ13Corg values (Communities 5B, 5C, 6, and 7), and similarly with C:N ratios (Figure 5). Despite a general linear trend in the δ13Corg values of the sediment (Figure 5), there is a distinct change in the benthic foraminiferal communities from the dominance of Bolivina and Rosalina in Community 5A to Spirophthalmidium, Spirillina, and Pattelina-like genera (Patellina, Heteropatellina, Patellinoides) dominating Communities 5B and 5C (Figure 4; Table 1).

Community 6 is located in areas most distal to any cave exit (either terrestrial or marine). Relative to most other areas, Community 6 is characterized by enriched δ13Corg values (mean: −18.5‰) and lower C:N ratios (mean: 8.6). The sediment where Community 6 is found has the lowest total organic carbon content (mean: 5.1 ± 2.2%) and bulk organic matter observed (mean: 6 ± 2.3%). While all cave areas are dominated by carbonate and organic matter, Community 6 is dominated by fine-grained carbonate particles (fine silt: 5.9 ± 1.3 μm, Table 1). Community 6 is less diverse than Community 5 (S = 22, H = 2.1), and is dominated by Spirophthalmidium emaciatum (mean 20.4%), Spirillina vivipara (mean: 19.6%), Patellina (mean: 9.6%), and Bolivina (mean: 4.3%).

Community 7 occurs in a transect from open water in the shallow (0–10 m) sandy ecological zone in Harrington Sound (E-47, E-48, E-49, and E-50), through the marine cave entrance into Green Bay Cave and stops at the Rat Trap area (see Figure 2 in van Hengstum and Scott, 2011). This community is characterized by lower bulk organic matter on average (mean: 10%), but high variability (range: 3.2–20%) depending upon the spatial variability in carbonate sand content (mean particle size: 311 μm, Table 1). The δ13Corg values (mean: −18.6‰) of the sediment are more enriched relative to Communities 1–4, with a lower C:N ratio (mean: 8.1). This community of benthic foraminifera has a higher diversity (H = 2.5) and species richness (S = 29), and is dominated by common carbonate lagoon genera Quinqueloculina (mean: 26%), but also Bolivina (mean: 12%), and Triloculina (mean: 11.4%).While Ammonia (mean: 9.7%) has been grouped to the generic level, van Hengstum and Scott (2011) observed that Community 7 was characterized by Ammonia beccarii var. parkinsoniana.



DISCUSSION: DRIVERS OF FORAMINIFERAL DISTRIBUTIONS

Our previous work (i.e., van Hengstum and Scott, 2011) divided the benthic foraminiferal communities in Green Bay Cave into those that were termed anchialine (terrestrially-dominated) vs. submarine (marine-dominated). This was based on the ideas of “terrestrial vs. marine influence” that were originally presented in Stock et al. (1986, more specifically), see the footnotes on page 91). This partly reflects the challenges faced by early workers with evaluating environmental and biological differences between: marine flooded caves like those found in northeastern Bermuda that have negligible meteoric lenses, vs. (ii) those with extensive meteoric lens development such as observed in caves the Yucatan Peninsula. However, a “terrestrial vs. marine” distinction is too simple for describing both benthic and pelagic habitat partitioning in subterranean estuaries, and the dependance of physical processes, biological communities, and biogeochemical cycles on specific groundwater masses (Brankovits et al., 2017, 2018; Chávez-Solís et al., 2020) that must vertically migrate through geologic time (Riedl and Ozretić, 1969; van Hengstum et al., 2019). For example, recent work with Typhlatya shrimp surveyed over a large area in the Yucatan Peninsula clearly documents pelagic habitat partitioning with respect to groundwater masses and carbon sources (see Figure 2 in Chávez-Solís et al., 2020). After applying broader environmental concepts of a KSE (Figure 1), the sampled marine caves of Bermuda include only the marine sector of KSEs that are not oxygen or salinity limited. As discussed below, modern benthic foraminiferal communities in the marine sector of KSEs in Bermuda's can be correlated with exposure caused by tidal variability of the water column, and the quantity, source, and transport mechanisms of particulate organic matter that is delivered to the benthos.


Marine Benthic Habitats Dominated by Terrestrial-Sourced Organic Carbon

In general, benthic foraminiferal Community 1 (mean: −25.9‰), 2 (mean: −26.1‰), 3 (mean: −24.2‰), and 4 (mean: −23.2‰) all occupy sediment that has more depleted δ13Corg values and lower C:N ratios (Figures 5, 6). Based on a comparison with literature values, this likely indicates that terrestrial organic matter is the dominant source of organic carbon delivered to these areas. In opposite, Communities 5, 6, and 7 occupied sediment with more enriched δ13Corg values (mean: −21.6 to −17.6‰, Table 1), which suggests that marine carbon sources are more dominant. The proximity between sample stations and cave openings (i.e., exits) to the forest landscape is clearly impacting organic matter delivery to the benthos. Detrital carbon is a key resource for benthic foraminifera in marine environments (Gooday, 1993; Jorissen et al., 1995), so it is unsurprising that foraminifera are also responding to different carbon sources in flooded marine caves. Cave exits provide a point source for terrestrial sedimentation into an otherwise marine environment, and diverse organic carbon pools increase the opportunity for resource partitioning and foraminiferal diversity. While terrestrial detritus eroding into the caves from the adjacent landscapes is likely a dominant carbon source for Communities 1–4 (δ13Corg values: −26.1 to −23.2‰), we cannot rule out the contribution of organic matter from marine plankton in the water column at Cliff Pool Sinkhole (Green Bay Cave) as also impacting the proximal Communities 3 and 4. Since marine POC from marine plankton has a δ13Corg value of −21 to −23‰ (Jeffrey et al., 1983; Altabet, 1990; France, 1995), the δ13Corg value of benthic sediment alone cannot differentiate the relative contributions of carbon from terrestrial detritus vs. marine plankton. Deposition of POC from marine plankton can also explain the modestly lower and stabilized C:N values in Communities 3 and 4 relative to Communities 1 and 2 (Figure 5). This is because vascular terrestrial detritus typically has much higher C:N ratios (Lamb et al., 2006), which is likely to collect in cave pools closer to the forest, whereas the deeper water column at Cliff Pool Sinkhole can support higher primary productivity. The uncertainty in these results is an opportunity to use more specific organic biomarkers to resolve carbon source contributions to the benthos. Overall, the more carbon isotopically depleted samples suggest an increased proportion of terrestrial detritus in Communities 1–4 relative to Communities 5–7, as all areas likely receive inputs of POC from marine plankton in response to active seawater-groundwater circulation between Harrington Sound and the caves (discussed below).

Similar to the result of Little and van Hengstum (2019), benthic habitats dominated by terrestrial organic carbon deposition can be further separated by tidal exposure: Community 1 is exposed to tidal variability of the water column, whereas Communities 2, 3, and 4 are all subtidal (Figure 5). The micro-tidal changes to the water table elevation at Cow Cave are sufficient to expose Community 1 during low tides (Figure 5, Little and van Hengstum, 2019). Community 1 is dominated by agglutinated, brackish-tolerant species Trochammina inflata, Miliammina fusca, Entzia macrescens, and Helenina anderseni (Table 1). These taxa are common in marshes, which also experience tidal exposure (Hayward et al., 1999; Javaux and Scott, 2003; Camacho et al., 2015). Community 1 likely also experiences intermittent brackish conditions from runoff during pluvial events given the close proximity of Community 1 to the terrestrial landscape (Figure 7). Taxa like E. macrescens and Miliammina fusca are useful sea-level indicators due to their significant correlation with tidal elevation (Scott and Medioli, 1978; Guilbault et al., 1995; Gehrels and van de Plassche, 1999). In the studied Bermuda caves, Miliammina fusca is the primary taxon in intertidal areas dominated by terrestrial organic carbon, with E. macrescens occurring in both intertidal (Community 1) and subtidal (Community 2) areas (Figure 4).
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FIGURE 7. Conceptual model of idealized benthic foraminiferal communities in the marine sector of karst subterranean estuaries in Bermuda, along with idealized changes in stable carbon isotopic value of bulk organic matter (δ13Corg), organic matter quantity, mean particle size of substrate, tidal exposure in subaerial pools, and the magnitude of nutrient and particle delivery from ocean-groundwater exchange through marine cave openings. Representative values of δ13Corg values for source organic matter summarized from the literature (Goericke and Fry, 1994; Kennedy et al., 2010; Fourqurean et al., 2019), and ecological zones in Harrington Sound from Neumann (1965).


Subtidal benthic areas dominated by the deposition of terrestrially-sourced organic carbon could be further divided by light exposure, depth into the subsurface, and particle size (Communities 2, 3, and 4, Figure 7). None of the recovered benthic foraminifera in the caves employ photosymbionts (e.g., Amphistegina), therefore, foraminifera are all feeding on materials delivered to, or otherwise available in, the substrate (e.g., algae, bacteria, detritus, or dissolved organic matter). While these communities are all dominated by Rosalina and Bolivina (Table 1), differences in the secondary taxa are relevant to the community structure. It is important to note that Cliff Pool Sinkhole has a water column open to sunlight, and eyewitnesses report that the sinkhole can appear seasonally greenish from primary productivity. This potentially explains faunal differences between Cliff Pool Sinkhole (increased abundance of Trichohyalus aguayoi and Helenina in Community 3) vs. Deep Blue (increased abundance of Trochammina and Entzia in Community 2, Figure 4), with the potential for increased resource partitioning and foraminiferal diversity deeper into the saline groundwater mass at Cliff Pool Sinkhole (Communities 3 and 4). Other secondary taxa that are also present include Melonis barleeanum (Caralp, 1989) and Globocassidulina subglobosa, both of which are known to respond favorably to seasonal delivery of phytodetritus in the open ocean. Their increased percent abundance in Communities 3 and 4 proximal to Cliff Pool Sinkhole is likely related this additional food resource produced in the dimly-lit water column, and is supported by modestly lower C:N ratios (Figure 5). This likely indicates that additional environmental variables are impacting the benthic foraminiferal communities that are not quantified in this study (i.e., dissolved nutrients at the sediment-groundwater interface, pore water chemistry). Based on experimental cultures, the epifaunal Rosalina globularis prefers warm and saltier waters (optimal: 27°C, >25 psu) for reproduction (Saraswat et al., 2011, 2015), which are found in the relatively shallow (<20 m depth) marine habitats in Bermuda's caves. The most abundant genus is the infaunal Bolivina, which is likely capitalizing on any available food resource in the benthos. While the impact of particle size on benthic foraminifera in other environments remains a debated issue (Debenay et al., 2001; Diz et al., 2004; Armynot du Châtelet et al., 2009), our results suggest that substrate texture in KSEs may also be influencing benthic habitat variability and foraminiferal community structure. Community 3 was associated with coarser substrates (mean particle size: >271.2 μm) compared with Community 4 (mean particle size: 149.6 μm).

These results now clearly inform the environmental conditions of Pleistocene-aged KSEs that were colonized by benthic foraminifera, which have been subsequently preserved in fossil cave deposits. For example, Proctor and Smart (1991) documented fossil benthic foraminifera in elevated caves in England, which are most likely dated Marine Isotope Stage 11 (424,00–374,000 years ago). Detailed foraminiferal counts were not provided, but fine textured sediment contained echinoid spines, Ammonia beccarii, Cassidulina, and Bolivina. On the Yucatan Peninsula in Mexico, van Hengstum et al. (2009) described Bolivina-dominated foraminiferal communities in Carwash Cave (older than Last Glacial Maximum 20,000 years ago), and there are Helenina- and Bolivina-dominated Pleistocene-aged foraminiferal deposits in Maya Blue Cave and Vaca-Ha (van Hengstum and E. Reinhardt, unpublished observations). Based on modern benthic foraminiferal communities in Bermuda, these examples of fossil benthic foraminifera were all living in sediment that was dominated by terrestrial organic matter inputs, with additional taxonomic variability in the Pleistocene foraminiferal community most likely related to the salinity of the contemporaneous groundwater mass flooding that specific cave.



Marine Benthic Habitats Dominated by Marine-Sourced Organic Carbon

Communities 5, 6, and 7 occur in benthic habitats that primarily receive marine sources of organic carbon, which is most likely from marine plankton based on the δ13Corg values from −22.3 to −15.1‰ and C:N ratios of 8–10 (Figures 6, 7). Marine particulate organic carbon generally has values from −18 to −23‰ in lower latitudes (Jeffrey et al., 1983; Altabet, 1990; Goericke and Fry, 1994). An important component of particulate organic matter is marine plankton, which has a much lower C:N ratio (<10) relative to terrestrial organic carbon (Lamb et al., 2006; Figure 6). Seagrasses and macroalgae are abundant in the shallow sandy ecological zone of Harrington Sound (upper 10 m; Neumann, 1965), and consistent with global trends (Kennedy et al., 2010), seagrasses in Harrington Sound have enriched δ13Corg values and C:N ratios exceeding 18 (Fourqurean et al., 2019). Two locally common seagrass species, for example, Thalassia testudium has a mean δ13Corg value of −7.5‰ (n = 351) and a mean C:N ratio of 21 (n = 364), and Syringodium filiforme has a mean δ13Corg value of −6.3‰ (n = 369) and a mean C:N ratio of 18 (n = 362) (Fourqurean et al., 2019; Figure 6). Sediment below seagrass in Harrington Sound is estimated to have a C:N ratio of 11, and δ13Corg value of −13 to −16‰, based on a global mean Δ13Cseagrass−sediment value of 6.3‰ (Kennedy et al., 2010). While some contribution of organic matter from seagrasses and macroalgae cannot be ignored, the low C:N ratios associated with Communities 5, 6, and 7 (~8–10, Figure 7; Table 1) indicates that a more nitrogen-rich organic matter source like marine plankton is likely being delivered to these communities.

Community 7 is located in the main tunnel in Green Bay Cave that is closest to Harrington Sound, and extends from open water into an area colloquially referred to as the “Rat Trap” (see map in van Hengstum and Scott, 2011). This tunnel is characterized by attenuating light availability (disphotic zone), and past the Rat Trap is the aphotic zone. This tunnel is dominated by Quinqueloculina, Ammonia, Elphidium, and Peneroplis (Figure 6), which are common taxa in the shallow carbonate lagoons throughout the tropical North Atlantic Ocean (Javaux and Scott, 2003). While this study grouped all taxa at the genus level, van Hengstum and Scott (2011) noted that Community 7 is associated with Ammonia beccarii var. parkinsoniana. This tunnel coincides with areas that receive classic taxonomic investigation in marine caves, where strong gradients in light and tidal currents exist. The coarser substrate is likely promoted by winnowing-away of finer sediment particles in response to the large volume of seawater circulating through this tunnel during each tidal cycle (~1,960,000 m3: Iliffe, 2008). Coarser substrates also occur in other Mediterranean marine caves with higher current velocities from tidal action (Radolović et al., 2015). It is likely that tidal and storm currents also have transported some benthic foraminifera tests from Harrington Sound into the cave tunnel, however, current velocities notably decrease through the rest of Green Bay Cave past the narrowing of cave passage at the Rat Trap. Interestingly, PCS-15 from Palm Cave was not similar to Community 7, despite its proximity to the opening with Harrington Sound (i.e., Cripple Gate). Perhaps this is related to the much smaller connection of Palm Cave to Harrington Sound at “Cripple Gate,” and the much lower volume of water exchanged with Harrington Sound during tidal cycles impacting benthic habitat conditions.

Community 6 is most distal from any cave entrance (or exit, Figure 7), is associated with areas where endemic anchialine cave animals (e.g., Procaris chacei) are more likely to be observed, and the fine-grained substrate (mean particle size: 5.3 μm) has the lowest bulk organic matter content (mean: 6%) and TOC (mean: 5%). Community 6 has the highest percent abundance of Spirophthalmidium emaciatum, members of the order Sprillinida (e.g., Patellina, Spirillina, and Mychostomina), and Rotaliella arctica. Observation of Spirophthalmidium emaciatum outside of marine caves is limited, and includes New Guinea (Haig, 1988), the Mediterranean (Kuhnt et al., 2007), and the deep Pacific (Brady, 1884). In general, the thin-walled and fragile test of S. emaciatum is unlikely to endure taphonomic reworking. This taxon is very closely related (or a ecophenotypic variant) of S. acutimargo, which constitutes up to 3% of communities in deep-marine carbonate oozes (>2000 m water depth) from the North Atlantic Ocean near the Azores (Hermelin and Scott, 1985). While common in Community 6 (mean water depth: 15.4 m), Rotaliella arctica is also observed at 4450 m water depth on the Bermuda Rise (Pawlowski, 1991), and at 1980 m water depth in the Arctic (Scott and Vilks, 1991). Interestingly, dominant taxa in Community 6 (Rotaliella, Spirillinids, and Spirophthalmidium) are not common in carbonate sediments from shallower locations (300–1000 m) off the Little Bahama Bank in The Bahamas (Martin, 1988), or on the shallow (10–40 m) flooded carbonate Serranilla Bank (Triffleman et al., 1991) elsewhere in the Tropical North Atlantic Ocean. In caves, a deep-sea affinity is well-known in higher taxonomic groups like crustaceans (Iliffe et al., 1983). In the Mediterranean, S. emaciatum has been recently described in benthic foraminiferal communities from a marine cave with carbonate sedimentation on the Murica coastal region in Spain (Cueva Gemelas: Bergamin et al., 2020), but not in marine caves on eastern Sardinia with siliciclastic sedimentation and evidence for the discharge of meteoric water (Romano et al., 2018, 2020). On the island of Cozumel (Mexico) where Aerolito Cave is located (Mejía-Ortiz et al., 2007a,b; CalderóN-GutiéRrez et al., 2018), caves passages flooded with oxygenated saline groundwater and benthic carbonate sediment also host populations of S. emaciatum (van Hengstum, personal observation). Murray (2006) states that Spirillina and Patellina prefer hard substrates, so it remains possible that the cave walls/ceiling may be providing an ideal natural hard substrate for these taxa. However, our research design is unable to assess this possibility (sampling benthic sediment, not cave walls). As suggested by Fichez (1991), perhaps complex organic matter is a critical resource for Community 6, which can only be evaluated by resolving biogeochemical cycling of nutrients in these areas (Fichez, 1990, 1991; Airoldi and Cinelli, 1996; Jian et al., 2020). Finally, Community 6 also occurs very close to the shoreline in Green Bay Cave (samples ISC-61 or ISC-73 See fig 2 in van Hengstum and Scott, 2011), yet does not receive enough nutrients to promote higher diversity and species richness like Community 5 from direct seawater transfer through the limestone pores. From a conservation perspective, these results indicate that any introduced physical cave openings from anthropogenic activity will change nutrient supply and communities of benthic meiofauna in marine sectors of KSEs.

Community 5 (including: 5A, 5B, and 5C) is colonizing benthic habitats experiencing more regular tidal groundwater-seawater exchange and likely higher sedimentation rates (Community 5B and 5C) or some terrestrial input (Community 5A). This is likely providing increased nutrient availability, and in turn is promoting higher species richness and diversity than benthic habitats colonized by Community 6 (Table 1). Community 5 is not primarily influenced by: (i) strong tidal currents and attenuating light availability like Community 7, (ii) exposure from water table variability like Community 1, or (iii) increased organic matter input from the adjacent terrestrial landscape like Communities 2–4. Dominant taxa in Community 5 include Globocassidulina subglobosa that commonly occurs in carbonate sediments >1000 deep of the Little Bahama Bank (Martin, 1988), and Melonis barleeanum who is successful in areas with regular delivery of marine organic matter (Caralp, 1989). In Green Bay Cave, Community 5 is proximal to the large entrance (exit) into Harrington Sound. Tintinnid loricas (pelagic ciliates) are also deposited in the sediment with Community 5 in Green Bay Cave, and they were likely transported into the cave and settled out of the suspended sedimentary load. This observation supported the hypothesis that Community 5 in Green Bay Cave receives increased deposition of suspended sediments as the velocity of groundwater currents caused by tidal flow attenuate in the subsurface (van Hengstum and Scott, 2011), similar to what has been observed in marine caves on the Mediterranean coast of France (Fichez, 1991). An important taxonomic caveat is that small miliolids identified as Triloculina in Bermuda caves are not well-developed adult specimens with clear phenotypic characteristics like those common in subtidal marine carbonate lagoons (Javaux and Scott, 2003). Thus, it cannot be ruled-out that these are juvenile Quinqueloculina (Schnitker, 1967). Overall, these smaller cave miliolids are perhaps responding to a nutritional deficiency that is not constrained in this study.

Further evaluation of the physical environmental characteristics (Table 1; Figures 5–7) supports a tripartite division of the dendrogram (Figure 4, Bray-Curtis Similarity Index: 0.36). As previously discussed, the subtidal benthic foraminifera in Cow Cave (Community 5A, Cow Cave) is transitional between the foraminiferal communities that favor primary inputs from marine vs. terrestrial organic matter (Figure 5). While these samples are from shallow subtidal settings, benthic areas in Cow Cave receive protection from direct terrestrial sedimentation by the rock roof of the cave (i.e., geomorphology). Faunistically, samples from Palm Cave (Community 5C) closely compare with benthic areas in Green Bay Cave (Community 5B, Figure 4). However, finer substrates (Community 5B) had a greater abundance of Reophax spp. (mean: 3.1%) and Bolivina spp. (mean: 11.4%), while coarser substrates (Community 5C) had a greater abundance of Spirillina vivipara (mean: 13%) and Patellina-like taxa (mean: 7.8%). However, a careful evaluation of the cross plot between δ13Corg and C:N (Figure 6) indicates that organic matter in Palm Cave (Community 5C) is slightly more carbon isotopically depleted with higher C:N values than Green Bay Cave (Community 5B). At least two hypotheses emerge to explain these differences between Community 5C and 5B that are related to cave morphology: either (i) proportionally less carbon isotopically enriched organic matter (e.g., seagrass, algae) is transported into Palm Cave through the smaller opening at Cripple Gate vs. the large marine opening of Green Bay Cave (Figure 3), or (ii) more 13C-depleted terrestrial organic matter is eroding into Palm Cave through its more numerous openings (exits) to the terrestrial landscape above (Figure 2). This suggests that differences in tidal exchange of seawater and particulate organic carbon transport through Cripple Gate (Palm Cave) and Green Bay Entrance (Green Bay Cave) may be influencing benthic habitat partitioning between caves, but other geochemical proxies are required to resolve these uncertainties. The collective role of cave geometry and volumetric exchange of seawater during tidal cycles between saline groundwater and Harrington Sound appear important for generating differences in the benthic foraminiferal community structures, and by corollary, benthic habitats in the oxygenated marine sectors of KSEs.




CONCLUSIONS

• Benthic foraminifera in the marine sector of karst subterranean estuaries (KSEs) in Bermuda can be grouped into 9 different communities that are correlated to organic matter source and quantity, tidal exposure, texture of the carbonate sediment substrate (i.e., mean particle size size), proximity to cave exits, and the relationship between cave morphology and tidally-forced circulation between coastal seawater and saline groundwater.

• The source and quantity of particulate organic carbon delivered to the benthos is significantly correlated to benthic foraminiferal community structure. A primary division emerges in foraminiferal communities correlated with organic carbon inputs primarily from the terrestrial surface with some marine plankton (mean δ13Corg values <-23.2‰, C:N ratios >11), vs. organic carbon inputs dominantly from marine plankton (mean δ13Corg values >-21.6‰, C:N ratios <10) that are transported into the caves from groundwater-seawater circulation from the adjacent carbonate lagoon (i.e., Harrington Sound).

• Benthic areas with more depleted δ13Corg values of sediment are dominated by Rosalina, Bolivina, and Triloculina. In contrast, benthic areas with more enriched δ13Corg values of sediment are dominated by Patellina, Spirillina, Rotaliella, Miliolinella, and Spirophthalmidium.

• Benthic areas with the least amount of organic carbon in the sediment (mean: TOC 5.1%, mean bulk organic content: 6%) are the least diverse, and dominated by Spirophthalmidium emaciatum (mean: 31%, maximum: 70%).

• Differences in the size and morphology of direct connections between Harrington Sound and Palm Cave vs. Green Bay Cave are impacting benthic foraminiferal community structure.
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cmh-1 nmol cm~3 bs h~! 103 R.U. bs h~!
December 09 A 16.3+22 —0.26 £ 0.35 —16.07 £ 5.90 3.69 + 2.62 0.76 £ 0.16 —257+1.14
B 11.3+18 —0.38 £ 0.36 —10.29 + 4.42 —6.02 £1.17 —-1.11+£0.19 —0.60 £ 0.10
April 10 A 18.6 £ 3.7 0.71 £0.83 2.61+£0.86 —6.18 £2.80 —1.43 £0.29 —0.34 £ 0.08
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Averaged porewater velocity used for these calculations is also shown. Errors are calculated from error propagation of the averaged porewater profiles and the
advective velocity used. *bs “bulk” sediment.
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Physico-chemical Factors

Microbial factors

Gran size (um)
Sandy grains (%)
TOC (umol g~ ')
TN (wmol g—7)
E-NH4* (nmol g~ ")
E-NO,~ (nmol g~ 1)
E-NOz~ (nmol g~")
OTUs

Shannon
Equitability
Dominant phylum

Opportunistic phylum

Key genus

Potential denitrifiers

Spring

204 + 4.5
g2+12
925+1.6
72408
88+2.8
0.6 +£0.02
19.2+0.6
1288
7.33
0.709
Proteobacteria

Bacteroidetes, Firmicutes

Sphingobium
Marinobacter
Thioprofundum
Marinobacter
Bacillus
Lactobacillus

Autumn

199 £ 6.4
90.7 £0.7
724 +£1.4
59+0.2
72449
0.7 £0.05
18.0+0.4
2454
8.29
0.736
Proteobacteria
Actinobacteria, Acidobacteria
Nitrosomonas
Gp10
Thioprofundum
Marinobacter
Bacillus
Hyphomicrobium

Physico-chemical characteristics in the table include the mean =+ standard deviation of triplicate measurements. E-NH4+t/NO>=/NO3~ is the exchangeable

NH4/NOo~/NO3~ species extracted from the sediment particles with KCI.
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Group DOC Spring DOC Autumn NO;~ Spring NO;~ Autumn DO Spring DO Autumn

Low control 142 £25 1833 +24 1056 +£0.2 10.2+£0.3 101 £1.6 100+ 2.6
NOgz™-high DO 144 £1.9 131 £3.5 79.56+ 0.8 76.8 £1.0 99.8 £1.2 99.2+ 2.2
NOgz~-medium DO 141 £22 136 +£28 774 +£14 80.2+1.3 70.4 £+ 441 71.9+£39
NOgz~-low DO 1456 £1.9 1832 £3.7 794 +£1.9 76.7+1.2 32.7+52 35.1+£34
Glucose-high DO 479 £ 6.1 451 +£56.2 80.5+1.2 782+ 0.8 100 £ 1.6 99.4+£1.9
Glucose-medium DO 486 £ 4.7 455+ 4.9 795 £12 80.4 +£1.3 724+ 438 735+4.4
Glucose-low DO 481+56.8 460 £ 4.8 784 £1.4 79:6:£71.5 30.6 £ 5.7 325+4.9

The unit for dissolved organic carbon (DOC) and NO3™~ in the table is WM and unit for dissolved oxygen (DO) is%. It shows the mean + stand deviation on the basis of
triplicate measurements.
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Term Definition Value E3 Units Source

Aws WB surface area-study area 81,472,500 m Calculated from the bathymetry (GDI-BSH, 2020)
Aws assumed area where SGD take place 270,000 m?
v WB volume - study area 430,812,610 m®  Caloulated from the bathymetry (GDI-BSH, 2020)
h average depht of the bay 5 m VA
Qur Discharge for the 3 westem streams 1516 m®d™  Because there were no hydrologic data available for these streams, the value was
taken from another stream close to area (LUNG, 2020)

Qur Discharge from Wallenstein stream 26,524 mPd™  LUNG, (2021)
WA Water age 5 1 d (In (***Ra/?°Ra)WB-in (*>‘Ra/***Ra)beach pore water/\223 - \223
Qout Water outflow 03 Bad™"'  (*Rawe~"""Racnore) /AT
Cer 22Ra,, concentration in Wallenstein 58 Bam™  this study-Table 1

stream
Cer 224Ra,, concentration in the western 11 Bqm™ this study-Table 1

stream
o 224Ra,,, concentration in the western 26 Bqm™  this study-Table 1

stream
Ca 224Ra,, concentration in the western 4.1 Bgm™  this study-Table 1

stream
Cotisnore  22*Raex coNcentration in the open BS 02 Bam™  this study

(Site 1)
c Average of 2“Ra inventory 14 08 Bqm?® this study

concentration in the WB
A 22Ra,, decay constant 0.189 o
Feea Sediment diffusion from seabed 05 003  Bq  Krletal (2017)

m2g
Fseo 224Ra,,, inputs from pore water fluxes 261.7 Bg this study-Table 1
m2g!

Cencmomber  22*Ragy Of beach pore water 51 Bam™  this study-Table 1

(endmember)
Cendmomber  22*Ra Of beach pore water 65 Bam™  this study-Table 1

(endmember)
Cencmomber  22*Ra Of beach pore water 84 Bam™  this study-Table 1

(endmember)
Cencmomber  22*Raex of beach pore water 88 Bam™  this study-Table 1

(endmember)

Vsao Volumetric SGD flow 38 07 emd™  Fsao/Cendmember
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Mo (nM) U (nM) V (nM)
54.54 6.47 1278
64.56 691 41.87
74.26 7.56 42.10
59.45 ™ 7.24

Freshwater-shallow

Mo (nM) U (M) V (nM)
13.42 1.37 248
8.15 1.97 296.87
551 1.04 159.43
3.93 0.40 4569

Freshwater-deep
10 (M) U (M) V(M)
< 0.12 1258
253 0.46 30.73
< <0.01 14.08
< 0.17 879

Cr (nM)
3.33

8.61
1.10

Cr (nM)

236.55
197.33
58.86
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"SMyyse i the amount of salt storedin the upper saline plume (per unit width aquifer); Ly s the inland aquifer extent; &, ay, s, 8, and ag are the coefficients of the regression models; DTL,
and DTLy are the parametric regressors relevant to X, and Xis; a; and B, are, respeciively, the shape and scale factors of the Gamma distribution function; the ratio ai/p, is the mean of the
Gamma distribution function. NA means not applicable.
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“Lyis theinland aquifer extent; aq av, and ao are the coefficients of the regression model; DTL, and DLy are the parametric regressors relevant to X, and Xi; a; and , are, respectively, the
shape and scale factors of the Gamma distribution function; the ratio «/p, is the mean of the Gamma distribution function.
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Lm) Regression model With dis- With discounted ~ Goodness of fitting  Coefficients of regression model

counted stan-  averaged sea
dard deviation level
W) w/Bd)  aml)  am/Bu(d) Adjusted R a,(kg/m?)  am(ka/m?)  ac(kg/m)
Fixed-fux 150 Y =ao+aDll, +ayDlly+e 180 6549 076 7473 095 9321 4,043 13,500
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150 176 7545 080 11421 096 -9,686 6,028 18,600
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"SMsy s the amount of salt stored in the saltwater wedge (per unit width aquifer); Ly s the inland aquifer extent; a, a, and a, are the coeficients of the regression model; DTL, and DTLy
are the paramelric regressors relevant to X, and Xi; a; and f, are, respectively, the shape and scale factors of the Gamma distribution function; the ratio a/f is the mean of the Gamma
distribution function.
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Study site

Gioucester point, VA,
United States

Beach in sanggou bay
national

Spiekeroog island,
Germany

Shengsi island, China

Mobile bay, gulf of
Mexico

Jepara, Indonesia

Qinzhou bay, China

Gongcheonpo beach,
jeu island, korea

Yellow sea coast,
China
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Main findings

1) aerobic-anaerobic transition zone (AATZ)
had the highest diversity of microbes

2) AATZ was a hotspot for biogeochermical
processes in the subterranean estuary (STE)
1) active carbon tumover in the STE

2) seasonality affects microbial activity that
stimulates DOC production and removal

3) porewater flow rate influences DOC
production and removal by microbes

4) heterotrophic species abundance
acoslerates carbon transformation rates (in
higher temperatures)

1) No clear correlation of the microbial
community composition with STE salinity
gradients along a sandy high-energy beach
2) equiliorium state of microbial diversity
down to a depth of 1 m defined as “core”
community

3) prevalence of generalist microorganisms,
adapted to quickly changing environmental
conditions.

1) diversity of dominant bacteria in coastal
well water and porewater is different

2) main species present in sample types
participate in the degradation of organic
pollutants and utiization of nitrate in STEs
1) higher microbial diversity was found in the
coastal pore water than the surface water
samples.

2) distinot archaeal communities dominated
the peat-dominated and sandy-dominated
SGD samples

1) microbial community composition varied
with salinity

2) fecal indicators and potential pathogens
were identified

3) microbial community composition varied
with hydrology

1) microbial community composition varied
with size fraction

2) some key microbial groups from the two
size fractions were utiized in the
transformation of carbon, nutrients and iron
3) microbial communties have important
roles in carbon, nitrogen and fron cycling in
STEs

1) less diverse microbial groups were
detected in seawater-dominated samples
when compared with groundwater-
dominated samples

2) significant relationships between
environmental factors and microbial
communities were observed

3) community composition varied significantly
with tidal fluctuation

1) less diverse bacterial groups were
detected in well water samples when
compared with those detected in pore water
samples

2) well water samples were associated with
bacterial communties that were involved in
nitrate cycling, while brackish porewater
samples were associated with microbes
involved in ammonium cycling

3)bacterial communities were correlated with
the salinity gradiient

4) distinct bacterial communities were
detected among different porewater samples
1) microbial communities significantly
influenced Fe and S mineralization

2) hydrological luctuations affect the location
of Fe & S mineralization

1) first study characterizing N-cycing
functional genes and denitrifier community
composition in the beach aquifer system

2) geochemistry (nitrate and salinity) plays an
important role in shaping denitrifying bacterial
ccommunities

3) nonequiibrium state of coastal aquifers is
likely playing a vital role in shaping the
microbial community

1) pioneering study documenting the
abundance and community composition of
both AOA and AOB (and nitrification genes)in
the beach aquifer

2) salinity appeared to be responsible for the
shift from an AOA-dominated community at
low-salinities to an AOB-dominated
community at the most marine site

3) AOA diversity was high at al sites and time
points, while AOB was extremely low

Sample type

Sediment core (100 cm in length),
groundwater samples (between 25 cm and
100 cm below surface of sand, adjacent to
sediment core)

Sediment core (22 cm in length), porewater
samples (between 0 cm and 20 cm below
surface of sand, adjacent to sediment core)

Sediment core (100 cm in length), porewater
samples (at 0 cm, 10 cm, 30 cm, 50 cm and
100 cm below surface of sand, adjacent to
sediment core)

Well water, pore water (100 cm from surface)

Sediment core (150 cm from surface of sand),
fiver water (from surface), inland groundwater
(300 am from surface), coastal pore water
(2500 cm from surface), bay water (from
surface)

Dug wels, pore water, seepage meters, river
water, seawater (pore water and seepage
meter samples were categorized as submarine
groundwater discharge samples). All samples
were collected with vertical profiles between
0cm to 20 cm below surface of sand

Well water (at 4 m depth below surface of
sand)

Coastal water samples, and black sand
samples (collected according to tidal stage)

Pore water in unconsolidated deposits (15 m
from surface of sand), bedrock fissure water
(0.3-0.4 m from surface of sand), beach
coarse sand pore water (0.5 m-1.5 m from
surface of sand)

Porewater samples from long-term mulilevel
sampling wells (390 cm-3600 cm from
surface of sand)

5 cubic cm of sediment, pore water

5 cubic cm of sediment, pore water

Method

Targetva
165 rRNA-based ilumina

MiSeq sequencing

Target: VA-V5
165 rRNA-based ilumina
MiSeq sequencing

Target: V4-V5
168 rRNA-based ilumina
MiSeq sequencing

Target: V4-V5
165 rRNA-based ilumina

MiSeq sequencing

Target: V4-V5
165 rRNA-based ilumina
MiSeq sequencing

Target: V4-V5
165 rRNA-based ilumina
MiSeq sequencing

Target: Va-V5
165 rRNA-based ilumina
MiSeq sequencing

Target: V1-V3
165 rRNA gene-based
pyrosequencing

Target: V4-V5
165 rRNA-based ilumina
MiSeq sequencing

Target: Vi-V3 SSU; 454
pyrosequencing

Target: niK, nirS
ABI 3100 or ABI 3730
capillary sequencer (PE
applied biosysters)

Target: Bacterial amoA,
archaeal amoA

ABI 3730XL capilary
sequencer (PE applied
biosystems)
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Dominated by Terrestrial Organic Matter (TOM) Dominated by Marine Organic Matter (MOM) Sources

Sources.
Benthic foraminiferal 1 2 3 4 5A 58 5C 6 7
community
Community name Intertidal Tom TOMhigh TOMlower ~ MOM MOMhigh  MOM high Low carbon Marine Cave
shallow carbon carbon shallow  carbon-finer  carbon- marine entrance
subtidal subtidal coarser

Sample count 6 7 13 8 12 33 28 1 10
'3Crg (%) average -259 -26.1 -242 -23.2 -216 -186 -20 -176 -186
!3Crg (0%o) standard 12 16 15 07 32 02 1.7 04 05
deviation
813Corq (%0) range —2751t0-24 -27.7t0-23 -26.7to -24410 -2581t0 -19.2t0 -237to -186to -19.6t0

204 -21.7 -17.8 -178 —15.1 -168 179
G:N average 183 1.4 1.2 1 10.1 82 91 86 81
G:N standard deviation 1.7 7.3 47 09 21 03 13 05 0.4
CNrange 3.4-287 11-186 85-15.1 95-12.1 6-12.4 7-87 78142  81-102 75-86
Bulk organic matter (% LO)) 255 187 141 175 134 8.1 86 6 10
average
Bulk organic matter (% LO)) 65 61 88 4.4 48 19 26 23 6
standard deviation
Buk organic matter (% LOl) ~ 182-363 116282  6.7-40.8 11-23.2 9-205 4-12 2.4-125 2593 3.2-20
range
TOC (%) average 7.4 45 239 125 55 153 12.4 5.1 30
TOG (%) standard deviation 5.1 24 89 63 12 45 57 22 42
TOG (%) range 26-162 15-78 14-413 41226 4-84 5.8-26.7 26-25 18-96 24.3-35.4
Particle size (mm) average 162 438 2712 1496 143 20.7 39.7 59 3113
Particle size (mm) standard 6 214 528 109 26 436 349 13 1139
deviation
Particle size (mm) range 9.2-247 23-993  190.5-3704 135-3338  97-196  1.1-2181 13-169 4179 86.7-459.4
Depth (m) average —04 05 3 175 07 159 135 15.4 53
Depth (m) standard 0 02 32 16 03 34 7 3 24
deviation
Depth (m) range —03to-01  02-09 02-107  137-187  0.1-12 5.2-20.1 24-226 ~ 96-186 2.7-10
Foraminiferal concentration 18118 595.4 3223 1621.6 3507.2 3227.7 74155 25695 3480
(tests per cm*3) average
Shannon-Weiner Diversity 22 27 21 26 3 29 29 21 25
Index (H) average
Rarefied species richness 21 28 18 30 34 35 34 23 30
average
Dominant taxa-percent abundance (%, average)
Ammodiscus - 13 - - 13 21 - 23 -
Ammonia - - 16 14 - 22 - - 97
Bolivina 37 166 202 292 125 114 5.4 43 1"
Cibicides - - - - - 14 18 - 19
Cyclogyra 39 - - - 28 1.6 25 - -
Efphidium - - 19 - 1 - - - a7
Entzia 8.7 18 - - - - - - -
Globocassidulina - 2 - 31 23 2 24 - -
Helenina 29 75 214 - - - - - -
Loxostomum - - - 25 - - - - -
Melonis - 7 - 58 5.1 1.6 19 - -
Miiammina 131 1 - - - - - - -
Average of Miiolinella - - 1 - 4 22 72 - 16
Mychostomina - - - - 29 - 16 17 -
Nonionella - 17 - a7 28 14 - - -
Peneroplis - - - - - - - -
Pseudo-Patelina - - - - 33 56 7.8 72 16
(Pattelina-like taxa)
Quinqueloculina 14 3.1 15 - 9.2 44 82 - 275
Reophax - 14 12 14 - 31 - - 1
Rosalina 12 105 125 105 95 37 5.4 16 48
Rotaliella - - - - 1 16 - 25 -
Sigmoilina - - - - 14 18 12 59 -
Siphogenerina - - - 49 18 - - - -
Siphonina - - - 42 1 1 15 - -
Spirilina 11 - 14 - 58 109 13 243 11
Spirophthalmicium - - - 22 76 83 10 315 -
Textularia - 17 39 33 - - - - 32
Trichohyalus a7 22 63 - E - - - .
Triloculina 14.3 122 77 22 55 13 37 11 129
Trochammina - 36 - - 12 23 46 24 -
Trochammina inflata 183 122 - - - - - - -

Species with a mean percent abundance of <1% are marked with a dash to emphasize dominant taxa. The data from samples CC5-ITA and ISC-72 were averaged into Community 1
and 6, respectively. TOC, total organic carbon; LOI, Loss-on-Ignition.
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La Ce Pr Nd  Sm  Eu ad Tb Dy Ho Er Tm Yb Lu  Gd/Gd* Gy  Glawn  Complexed Gdann

(pmol/kg) = (pmol/kg)

st03m (1) 59 78 15 6.6 17 0.4 6.0 03 28 07 27 04 32 0.6 34 18 4.2

st03m @) 59 78 14 68 17 04 65 0.4 28 07 26 04 32 06 35 18 46

st03m (@) 8.3 T.r 17 6.3 18 0.4 76 0.4 28 07 26 04 33 0.7 4.1 19 58

Average 6.0 7.7 15 6.6 17 0.4 6.7 0.4 28 07 27 04 32 07 3.7 18 52

st.03m UV (1) 1 96 1.7 76 18 05 121 0.4 28 08 26 04 33 0.6 65 19 10.2
st03mUV () 6.5 92 16 72 18 05 129 0.4 29 0.7 2.5 0.4 32 0.6 6.9 19 1.0

st03mUV (3) 7.4 92 18 7.4 20 04 130 04 29 07 28 04 33 07 6.3 20 109

Average 7.0 9.3 17 74 18 0.5 127 0.4 29 0.7 27 0.4 33 0.7 6.6 19 10.7 5.5
Runnel (1) 121 135 27 120 35 1.0 123 0.9 7.4 2.0 7.3 12 9.0 1.8 29 43 8.1

Runnel (2) 1.6 183 26 12.0 34 09 183 09 71 20 73 12 o1 1.8 3.1 43 90

Runnel (3) 13.4 139 28 119 33 09 141 0.9 73 18 7.3 11 95 19 33 43 9.8

Average 124 136 27 120 34 0.9 13.2 0.9 72 19 73 1.2 9.2 1.8 34 43 2.0

Runnel UV (1) 13.0 14.1 o7 128 33 09 233 0.8 71 19 7.4 12 8.6 1.7 57 4.1 19.2

Runnel UV (2) 12.4 14.1 28 123 35 1.0 27.7 0.9 70 2.0 72 12 9.0 1.8 6.5 43 23.4

Runnel UV (3) 124 143 28 12,6 34 09 274 09 72 20 72 12 89 18 6.3 43 23.1

Runnel UV (4) 14.3 16.8 3.0 128 35 1.0 26.6 0.9 76 1.8 7.3 1.1 8.6 1.8 59 45 221

Average 13.0 145 28 126 34 10 262 09 72 19 73 1.2 88 1.8 6.1 43 21.9 13.0
st21.8m(1) 47.0 27.0 8.7 386 8.0 241 185 15 1.0 25 8.1 12 8.4 15 23 8.0 106
st21.8m () 490 265 88 378 7.7 20 177 16 12 26 81 13 83 16 2.1 84 9.3

Average 48.0 267 8.8 382 79 21 18.1 16 111 26 8.1 12 8.4 15 2.2 82 9.9%

st.2 1.8m UV (1) 47.4 28.0 93 38.2 85 21 271 15 111 27 8.4 13 8.6 15 33 83 18.8
st.21.8mUV(2) 51.0 30.8 9.1 38.2 8.1 20 29.3 156 1.0 26 8.1 12 86 15 37 79 21.4
st.21.8m UV @) 45.8 272 8.8 38.2 8.0 20 30.0 15 111 26 8.4 12 85 15 38 79 221

Average 481 287 9.1 382 82 24 288 1.5 114 26 8.3 13 8.6 1.5 36 8.0 20.8 10.8
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Fluxes from Modeled La C P Nd Sm Eu Gd T Dy Ho Er Tm Yb Lu Samplesusedfor
SGD fluxes® calculation
(nmol/d msl)

(L/d msl)
Upper saline 2,800 REE conc (pmol/kg) 163 244 35 159 38 09 266 08 54 14 51 08 61 12 Awerageofst2 35 and5m
plume
Flux 455 684 97 444 105 26 746 22 152 38 144 22 1714 32
1s 174 200 83 185 88 10 129 09 62 17 69 09 64 12
Net flux -48.0 -542 -120 -452 -127 -35 -140 -34 -256 -61 -198 -29 -179 -3.0
EF compared to SW® 05 06 04 05 05 04 08 04 04 04 04 04 05 05
Fresh-water 750 REE conc (pmol/kg) 862 2232 311 1440 428 116 67.0 9.7 67.5 156 50.0 74 476 7.8  Average of 30A, 30B, 27A,
discharge tube 278 (freshwater lens)
Flux = net flux 64.6 167.4 233 1080 321 8.7 428 73 50.6 1.7 375 5.6 35.7 5.9
1s 413 938 122 532 154 42 280 42 342 89 297 45 286 46
EF compared to SW® 26 51 40 45 52 53 18 49 46 44 41 41 38 35
Ridge to runnel 500 REE conc (pmol/kg) 522 89.2 10.7 425 10.2 28 389 26 14.0 34 1.4 1.7 1.7 20 st3,05m
Flux 261 446 53 213 51 14 194 183 70 17 56 09 58 10
Net flux 94 227 15 53 10 03 36 03 -03 -01 -05 -01 -04 -0
EF compared to SW® 16 20 14 13 12 13 12 13 10 10 09 09 09 09
Runnel to low 1,000 REE conc (pmol/kg) 661 1085 127 588 122 82 408 26 181 40 182 20 133 23 st4,05m
water line
flux 661 1085 127 538 122 82 408 26 181 40 182 20 133 23
Net flux 327 597 50 218 40 10 91 06 35 04 10 01 08 04
EF compared to SW® 20 24 16 17 15 14 13 13 12 11 11 11 11 10
Total STE 5050  Total net flux 587 1955 177 899 243 64 415 47 282 60 181 28 182 29
EF compared to SW° 1.2 1.7 1.3 1.4 14 14 11 13 1.2 12 11 1.1 1.1 1.1

afrom Beck et al. (2017).
benrichment factor (EF) for the REE concentrations in the respective compartments compared to seawater concentrations, see Figure 6. The bold values are net fluxes for the respective compartment.





OPS/images/fmars-07-00424/fmars-07-00424-t001.jpg
Depth? pH Sali- DOC Mn Fe La Ce Pr Nd Sm Eu Gd Tb Dy Ho Er Tm Yb Lu Total Ce/Ce*Gd/Gd* MREE/ HREE/

nity Gdanth MREE*  LREE
m - - (wmol/kg) (pmol/kg) = e = -
Beach transect
Station 0 20 840 43 79 01 00 132 160 40 168 43 11 133 10 73 17 60 09 6.4 11 836 05 2.7 0.7 58
53°46'47.80" N, 30° 822 70 9 05 01 70 93 17 74 18 05 127 04 29 07 27 0.4 33 07 107 0.6 6.6 0.6 6.9
7°42'38.63" E 365 847 72 110 01 00 62 114 17 73 21 06 208 05 39 10 36 0.6 42 09 183 0.8 8.1 06 86
40 831 85 103 02 02 65 98 15 71 20 05 24 05 37 09 34 05 40 08 180 07 8.4 0.6 8.4
45 827 94 114 03 01 1569 198 36 1566 42 11 219 10 72 17 60 0.9 6.5 12 170 0.6 4.4 0.7 6.1
50 823 92 94 02 01 59 84 15 67 21 06 167 06 43 11 4.0 0.6 46 09 138 06 59 0.6 97
Station 1 10 751 161 20 70
53°46'49.10" N 15 808 176 8 01 00 135 136 25 109 29 08 204 07 53 14 48 08 56 12 168 05 57 06 73
7°42'39.00" E 20 806 185 091 02 01 164 196 34 145 36 1.0 234 08 65 16 57 09 6.4 12 192 06 56 0.6 65
25 814 152 139 05 02 251 846 53 221 55 14 230 12 82 19 63 10 68 13 170 07 38 08 46
52 807 165 79 02 01 180 196 40 185 45 13 220 11 83 20 70 1.1 7.4 14 164 05 39 0.7 6.3
Station 2 05 741 288 136 02 17
53°46'52.21" N 10 732 204 147 00 02 477 473 88 347 79 20 339 16 110 27 90 1.3 95 17 256 05 4.1 0.7 38
7°42'40.25" E 16 775 260 113 00 01 272 218 47 197 49 13 223 11 80 20 65 1.0 71 13 168 0.4 4.0 0.7 5.0
18> 778 313 113 04 05 481 287 91 382 82 21 288 15 111 26 83 13 86 15 208 03 36 08 33
35 787 201 108 08 59 119 171 26 125 28 07 234 06 38 10 34 0.6 45 09 205 07 8.0 06 55
50 808 270 108 02 05 206 318 43 193 47 12 299 10 70 18 69 1.0 7.7 16 248 07 59 06 6.0
Station 3 05 778 286 147 166 6.0 522 892 107 425 102 28 389 26 140 34 111 1.7 1.7 20 259 09 3.0 08 39
53°46'56.67" N 10 768 282 164 180 733 534 799 98 43.1 106 27 448 25 166 39 126 20 182 24 324 08 36 08 45
7°42/42.48" E 15 791 214 146 91 562 207 577 7.9 348 98 27 251 25 173 41 135 20 138 24 129 09 21 08 60
20 803 149 129 12 267 389 768 105 448 118 33 213 29 208 46 145 241 141 24 703 09 16 09 48
Station 4 05 7.67 290 164 223 740 66.1 1035 12.7 538 122 32 408 26 181 40 132 20 183 23 275 0.8 3.1 08 37
53°46'57.97" N 10 7.60 284 172 451 149.1 562 999 11.8 490 122 32 600 27 179 41 139 22 141 24 464 09 4.4 08 42
7°42'41.22" E 16 7.73 283 150 802 1088 329 627 7.7 336 87 23 541 21 144 34 115 1.7 16 21 438 09 53 08 53
20 760 284 175 337 2817 206 555 7.6 336 72 18 207 13 88 22 78 12 8.6 16 227 08 4.3 07 42
Seawater
Seawater high tide 173 314 430 75 307 80 21 318 19 137 34 118 1.8 121 21 222 06 33 0.7 58
Seawater low tide 187 354 447 80 333 85 23 315 21 1564 37 127 19 129 23 212 06 3.1 0.7 5.7
Average seawater® 79 306 180 003 000 334 438 7.7 320 83 22 316 20 146 35 122 18 125 22 217 0.6 32 0.7 58
Std dev 1s 28 12 03 19 04 01 02 01 12 02 06 01 06 01 07 00 02 0.0 00
Freshwater lens
Station 27
53°46'24.6" N 27A 108 84 03 194 04 01 548 1335 184 820 241 65 291 50 328 72 224 35 226 39 10 12 1.0 43
07°41'09.8"E  27B 247 83 02 258 00 0.1 16133612 482 213.4 626 180 953 17.4 1328 329 1081 163 1037 168 09 12 08 74
Station 30
53°46'338" N B0A 102 84 02 427 04 12 916 294.4 416 197.0 57.6 145 679 104 646 136 413 60 394 66 10 11 11 33
07°41'68.8" E 30B 368 81 03 206 01 03 369 103.7 161 837 269 74 359 60 397 89 281 4.0 246 44 0.9 11 11 4.8
Average freshwater 83 02 2711 02 04 862 223.2 311 1440 428 116 570 9.7 67.5 156 50.0 7.4 476 7.8 1.0 1.2 1.0 4.9
Std dev 1s 01 00 107 02 05 550 1244 162 710 20.1 56 306 57 456 118 396 6.0 382 6.1 0.1 0.0 0.1 s

aeach transect: m below sediment surtace; freshwater lense: m below mean sea level.
baverage of three measurements for REEs.
¢ pH, DOC, Mn and Fe are measured in one seawater sample, not at low and high tide separately. The bold values are average values for the seawater and freshwater lens, respectively.
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