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INTRODUCTION
Wetlands are areas where the water level is present either at or near the surface of the soil all year or for varying periods of time during the year (Zedler and Kercher, 2005). They provide essential ecosystem services such as water purification, flood control, biodiversity conservation, carbon sequestration, and greenhouse gas (GHG) regulation (Paar et al.; Zhang et al.). These wetland functions are vulnerable to climate change and human disturbances, however, the extent and direction of their future changes are highly uncertain at present. This has caused a significant uncertainty over how climate change and human disturbances would have affected the ecosystem function of wetlands.
This special issue attempted to help address this knowledge gap with a compilation of 12 original papers and one corrigendum which reported recent findings on the effects of climate change and human disturbances on wetland ecosystem functions. Moreover, various restoration methods proposed by several articles in this special issue have been put forward to evaluate the opportunities and limitations in returning biogeochemical functions in disturbed wetlands towards their natural state.
THE IMPACTS OF CLIMATE CHANGE AND HUMAN DISTURBANCES ON THE WETLAND C BALANCE
Temperature and precipitation regime alterations are two essential climatic changes predicted for the future. On the one hand, global warming, which is likely coinciding with lower water table levels, may increase organic matter lability and accelerate decomposition in wetlands, thus emitting more greenhouse gases and aggravating global warming (AminiTabrizi et al.). On the other hand, warming may increase vegetation productivity and photosynthetic carbon dioxide (CO2) uptake in wetlands (Li et al., 2021). Increased substrate supply due to greater vegetation might, however, also enhance CH4 production (Li et al., 2021). Meanwhile, warmer conditions might coincide with lowered WTL which may enhance CH4 oxidation and thus decrease net CH4 emissions. The net effect of warming on the carbon sink function and GHG balance of wetlands depends on these two contrasting effects. Drought spells could lead to an increase in carbon emissions from wetlands (Keane et al.), while flooding could increase algal production, while it would also decrease decomposition and enhance methane emissions, which benefits carbon uptake and could become important to estimate carbon balance in wetlands (Kane et al.).
Besides climate change, wetlands are vulnerable to human disturbances, resulting in the loss of more than half of the world’s inland wetlands (Zedler and Kercher, 2005). Many wetlands have been drained with the purpose to gain land for agricultural, forestry and industrial use. The lowered water table level (WTL) following drainage alters the microbial communities and their activity which can lead to increased carbon emissions (Kitson and Bell, 2020). Transforming a wetland to rice paddy can increase nutrient concentration, which impacts bryophyte distribution (Ma et al.). Moreover, a network of seismic lines due to industrial activities for resource extraction can increase mineralization rates and carbon loss from wetlands (Davidson et al.). Road and dam construction significantly altered the hydrological regime and also influenced nutrients and metals retention, as well as wetland types (Rideout et al.; Sun et al.). Thus, altogether, these special issue contributions highlight that human disturbances considerably impact wetland functions.
RESTORATION METHODS FOR DISTURBED WETLANDS
In order to re-establish key wetland functions, various restoration methods have been put forward and evaluated in the literature (e.g., Taft et al., 2018; Wen et al., 2018; Liu et al., 2020; Evans et al., 2021), and several special methods have been proposed and studied by several contributed papers in this special issue. One common restoration method is rewetting (i.e. raising the WTL by ditch blocking) which can result in reduced CO2 and N2O emissions and thus mitigate the climate impact (Taft et al., 2018; Liu et al., 2020). However, rewetting drained wetlands can increase methane (CH4) emissions (Wen et al., 2018), which may weaken their potential to mitigate global warming. Consequently, the critical point of raising water level has been investigated (Evans et al., 2021). In addition, Lemmer et al. introduced one alternate restoration method which is based on partial removal of the well pad’s construction materials to near the water table level and the surface elevation of the surrounding ecosystem. They find that this approach is the most effective restoration method to sequester carbon, compared to the method where the foreign clay was partially removed and typical fen plant species were introduced (Lemmer et al.). Furthermore, Leppä et al. demonstrated that selection cutting is an effective tool to control water table level, which plays an essential role in the biogeochemical function of wetland ecosystems. However, Yavitt et al. demonstrate that it is challenging to restore key soil properties and functioning in highly degraded wetlands. Altogether, these contributions highlight the need for improved understanding of various restoration techniques and their effectiveness in restoring the biogeochemical functions of degraded peatlands.
Overall, these 12 Special Issue papers brought together a wide range of aspects related to the impacts of climate change and human disturbances on wetland ecosystems and thereby contribute significantly to an improved understanding of carbon cycling and greenhouse gas emissions from wetlands, wetland hydrology, ecosystem ecology and biogeochemical dynamics of wetlands. In addition, different special restoration methods for disturbed wetlands were tested with the goal to develop management strategies that restore and maintain the natural ecosystem functions of global wetlands.
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Question: What environmental variables and plant–plant interactions affect mire bryophyte distribution and does the surrounding landscape with human disturbance play a role in the mire bryophyte distribution?

Location: Jinchuan mire, Northeast China.

Methods: We studied the spatial distribution of bryophytes in 100 1 × 1 m quadrats in the mire. Spatial variables were simulated by analysis of the distance-based Moran’s eigenvector maps (dbMEM). Variation partitioning analysis was used to reveal the relative contribution of spatial and environmental variables to bryophytes. The relationship between environmental variables and bryophytes was tested by redundancy analysis (RDA). We used co-occurrence and niche overlap models to detect interactions among bryophytes. We also studied the influence of the surrounding landscape on the distribution of bryophytes in relation to water chemistry.

Results: The eight bryophytes occupying part of the mire had both a general distribution trend and a local spatial structure. Over 40% of the total variation in cover among bryophytes could be explained by spatial and environmental variables. In this fraction, the environmental variables explained 29.7% of the variation, of which only 4.5% was not spatially structured. RDA showed the contribution of dwarf shrub cover (SC), Na, and P to the bryophyte distribution was relatively large. Concentration of Na and SC decreased gradually from north to south, and contributed most to the variation in species composition along the first axis. The concentrations of P decreased from east to west, and contributed along the second axis. All the bryophyte species were spatially isolated but with large niche overlaps, indicating that the bryophyte community was structured by interspecific competition.

Conclusion: Sodium mainly originating from the volcanic hill and P from the paddy fields were the main environmental factors affecting the bryophyte distribution. Concentrations of Na and P showed spatial structure, and resulted in induced spatial dependence (ISD) playing a major role in the spatial structure of the bryophyte community. Dwarf shrubs affected by nutrient distribution in the mire significantly influenced the bryophyte distribution in the mire. We conclude that the surrounding ecosystems had important influence on bryophyte distribution via nutrient influx. Furthermore, competitive interactions exacerbated the spatial separation of bryophytes.

Keywords: dbMEM, induced spatial dependence, tephra, human activity, interspecific competition, niche overlap


INTRODUCTION

Mires, as peat accumulating ecosystems, play a critical role in the global carbon cycle by virtue of their enormous carbon storage (Potvin et al., 2015), which is attributed to slow decomposition in waterlogged and anoxic conditions (van Breemen, 1995). During the past century, mires have become severely degraded globally due to human impact, which has negatively influenced their species composition and carbon storage functioning (Chambers et al., 2007; Klimkowska et al., 2010). For mire ecologists and conservationists, it is pivotal to understand which factors are important for the distribution of mire plants. Mires are usually dominated by bryophytes (mainly Sphagnum), and associated wetland vascular plants. Here, plant distribution is strongly affected by environmental variables such as WTD (Andrus, 1986; Breeuwer et al., 2008; Bu et al., 2013), shade (Gignac and Vitt, 1990), pH (Benavides and Vitt, 2014; Plesková et al., 2016), and cation concentrations (Kooijman, 1993).

Mire water chemistry shows a strong relationship with pH and the availability of cations, usually Ca and/or Mg, which makes up the poor-rich vegetation gradient (Tahvanainen, 2004; Johnson et al., 2015). For instance, with increasing K availability, the survival of calcifugous sphagna (Vicherová et al., 2015) and of more nutrient-demanding species increases (Hájek et al., 2015). Minerotrophic mires receive water supply mainly from groundwater or surrounding ecosystems (Rydin and Jeglum, 2013). The surrounding landscape can supply macro-nutrients, mainly N and P, and thus create gradients of nutrients in minerotrophic mires (Bragazza and Gerdol, 2002; Tahvanainen et al., 2002). Surrounding landscapes can also influence mire plant distribution and biodiversity by affecting the quantity and quality of water input (Moore and Wilmott, 1976), rainfall (Sjögren and Lamentowicz, 2008), humidity, and wind (Mitchell et al., 2001).

In ecosystems, most environmental variables are spatially patterned, which in turn produce spatial structures in plant distribution. This is referred to as ISD (Borcard et al., 2011; Mikulyuk et al., 2011). The influence of ISD on community structure can be assessed by partitioning of environmental and spatial variables (Dray et al., 2006; Verleyen et al., 2009). ISD of plant distribution is widespread in various ecosystems (Hájek et al., 2011; Mikulyuk et al., 2011; Grimaldo et al., 2016). It can also result from spatially structured historical processes that influence both environmental and biotic variables (Borcard et al., 2011) and could occur at multiple spatial scales, which are generally broad. Therefore, the plant distribution data are not completely independent, but have some spatial connection and correlation.

Interspecific interaction is a key process in shaping plant communities. In bryophyte dominated ecosystems, niche overlaps among bryophytes are often high (Goffinet and Shaw, 2009) and competitive exclusion appears to be rare (Rydin, 1993; Mälson and Rydin, 2009). However, besides stress tolerance, interspecific interaction still is an important factor affecting Sphagnum distribution (Rydin, 1993; Bragazza, 1997; Goffinet and Shaw, 2009; Bu et al., 2013). Hollow species usually dominate in the more nutrient-rich hollows by virtue of their strong competitive ability while hummock species are mainly distributed in nutrient-poor hummocks due to their superior water transport and storage capacity. Interspecific relations interact with other environmental variables, such as nitrogen or phosphorus, leading to the patterning of bryophyte distributions and mire vegetation (Bu et al., 2011).

Addition experiments (Rydin, 1993; Breeuwer et al., 2008; Bu et al., 2011) or removal experiments (Bates, 1988) are commonly used in studies on interspecific interaction among bryophytes but they have the drawback that they may cause disturbance and changes in bryophyte growth. Alternatively, null model and niche overlap studies in natural bryophyte communities can be utilized. Null model is generally used to evaluate the effect of biotic interactions on community composition (Peres-Neto, 2004). If a plant community is structured by competition, the checkerboard score and the number of checkerboard species pairs are usually larger, and the observed number of species combinations and variance ratio are smaller in null model analysis of co-occurrence patterns (Gotelli, 2000). However, differences in species dispersal abilities, environmental requirements, or phylogenetic processes may produce plant communities similar to the competitively structured community (Gotelli and Entsminger, 2004; Peres-Neto, 2004). Niche overlap reflects the degree of mutual resource utilization by two species (Bragazza, 1997). In a microhabitat, a greater niche overlap implies a greater tendency to compete, while the opposite is true for macrohabitat (Schoener, 1983; Decaëns, 2010). These types of interactions may be revealed by a combination of null model and niche overlap.

We conducted a study in a bryophyte-dominated mire (Jinchuan) of northeastern China. This mire is at the base of a volcanic landform, in north neighbored by a volcanic hill (Figure 1). One side of this 100 ha mire has been protected from human disturbances by an upland forest acting as a natural barrier but the opposite side is heavily influenced by agricultural activities from a rice paddy. Our objective was to reveal the relative contributions of environmental variables, biotic interactions, and spatial variables on the bryophyte community. In particular, we tested the hypotheses: (1) environmental variables are spatial structured, and ISD plays a major role in bryophyte community structuring; (2) the surrounding landscape has important influence on mire plant distribution by affecting spatial structure of environmental variables in the mire; and (3) competitive interactions are the most important reason for local spatial structuring of bryophytes in the mire.
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FIGURE 1. Location of Jinchuan mire in China (A) and quadrat location in the mire (B). The quadrats were marked with red points. The map image data comes from Google map.




STUDY SITES AND METHODS


Study Site

We conducted this study in Jinchuan mire (42°20′N, 126°22′E; 618 m a.s.l.), located near the Changbai Mountains, Northeast China (Figure 1A). As a part of the National Nature Reserves of Longwan, the mire has been protected with a fence since 2004. The mire was initiated during the middle Holocene, about 6800 years ago (Zhang et al., 2019). The peat thickness of the mire is generally 4–6 m, with a maximum of 9 m, and peat storage is estimated up to 10 billion kg (Zhao, 1999). The mire is situated at the base of a volcanic landform, in north neighbored by a volcanic hill (about 40 m high above the mire surface level) with forest cover and cornfields (Wang et al., 2017), and has a 0.6° north to south slope. The surface tephra of the volcanic hill was formed from the latest eruption about 2000 B.P. and is rich in K and Na (Mao et al., 2009). The area to the east was originally covered by forest and swamp but was transformed into a rice paddy in the 1950s (Wang et al., 2017). A river to the south separates the mire hydrologically from other cultivated lands (Figure 1B). Water pH in the mire ranges from 5.5 to 6.5 and calcium concentrations vary from 0.4 to 11.6. Although Ca concentrations in this mire is rather low, its pH is higher than that of bogs and poor fens (Sjörs and Gunnarsson, 2002; Vitt et al., 2009; Rydin and Jeglum, 2013). Hence, Jinchuan mire should be classified as an intermediate fen. There are at least 82 vascular plants in the mire, and average coverage of which is about 40%. The dominant vascular plants are Carex limosa L., Carex lasiocarpa Ehrh., Carex schmidtii Meinsh, Thelypteris palustris Schott, and Phragmites australis (Cav.) Trin. The dominant bryophytes are Sphagnum flexuosum Dozy and Molk, Sphagnum imbricatum Hornsch. Ex Russ., and Sphagnum subsecundum Nees. The region is characterized by a temperate monsoon climate, with a mean annual temperature of 5.8°, relative humidity of 68%, and precipitation of 780 mm, mainly falling as rain during July and August. A warming trend was observed from 1955 to 2010 (Meteorological data were obtained from the China meteorological data service center1).



Sampling Surveys

In September 2010, we set up six transects, in which three transects roughly oriented along a north–south axis and three along east–west axis crisscrossing Jinchuan mire and surveyed 100 1 × 1 m random quadrats along these transects by sample throwing method. We adjusted the position slightly to avoid surveying quadrats lacking bryophytes (Figure 1B). In each quadrat, we recorded the presence and cover of each bryophyte species, VPC, SC, HC, geographical coordinates (Garmin etrex VENTURE), and altitude (Alt). The bryophytes Atrichum undulatum (Hedw.) p. Beauv, Aulacomnium palustre (Hedw.) Schwägr., Calliergonella cuspidata (Hedw.) Loesk., and Campylium stellatum (Hedw.) C.E.O. Jensen, S. flexuosum, S. imbricatum, S. subsecundum, and Sphagnum warnstorfii Russow were chosen as the main study species since they were common species in the mire. S. imbricatum and S. warnstorfii formed low hummocks, and A. palustre occasionally grew in these hummocks. S. flexuosum, S. subsecundum, A. undulatum, and C. cuspidata generally grew in hollows.



Water Sampling and Chemical Analyses

At the same time as the sampling surveys, the vertical distance between the average position of bryophyte surface and the free water surface was measured by a steel measuring tape and recorded as WTD. At 5 cm under the water table of the edge of each quadrat, EC and pH of mire water were determined using a portable multifunction instrument (model: Sanxin PD-501), and adjusted ORP of water was measured by a portable pH meter (model: thermo scientific orion 3 star). Two 100 mL water samples were collected with polythene bottles at the same position (Gignac and Vitt, 1990). Two drops of concentrated sulfuric acid or nitric acid were added to the bottles, respectively, to prevent microbial growth and precipitation from affecting element concentrations. All the water samples were deep-frozen stored in the laboratory until analysis. Elemental K, Ca, Mg, and Na in the water samples with concentrated nitric acid were analyzed by flame atomic absorption spectrometry (model: Spectr AA220FS). Total N and P in the water samples with concentrated sulfuric acid were determined by the alkaline potassium persulfate digestion UV spectrophotometric method (MEPC, 2012) and the ammonium molybdate spectrophotometric method (MEPC, 1989), respectively.



Statistical Analysis

The dbMEM analysis (Dray et al., 2006; Gao et al., 2014; Legendre and Gauthier, 2014) was used to reveal the influence of spatial variables on the community structure. According to the geographical coordinates of each quadrat, a matrix of Euclidean distances among quadrats was constructed (Dray et al., 2006). Truncated this matrix to retain only the distances among close neighbors, and computed a principal coordinate analysis (PCoA) of the truncated distance matrix. The eigenvectors (dbMEMs) with positive spatial correlation were used as spatial variables of community variation in analyses (Borcard et al., 2011). According to the sizes of the eigenvectors, dbMEMs can be divided into two scales: broad and fine scale, which represent global and local spatial structure, respectively (Borcard et al., 2011).

Environmental variables included altitude (Alt), WTD, EC, ORP, pH, calcium (Ca), magnesium (Mg), potassium (K), sodium (Na), nitrogen (N), phosphorus (P), VPC, SC, and HC. Spatial variables included 31 dbMEMs. To reduce the explanatory variables and prevent the inflation of the overall type I error, the analysis of forward selection with Blanchet et al. (2008)’s double-stopping criterion was used, and alpha significant level and the adjusted R2 (R2adj) of the global analysis were used as forward selection criterion (Blanchet et al., 2008; Astorga et al., 2011), which could choose the explanatory variables that describes the most variation in the species matrix with the lowest possible number of variables (Dray et al., 2006; Borcard et al., 2011). The environmental variables and dbMEMs, selected by the double-stopping criterion, were used for next variation partitioning and RDA analysis.

Variation partitioning analysis was used to reveal the relative contribution of spatial and environmental variables to the bryophyte cover matrix (Borcard et al., 2011). We used partial redundancy analysis (pRDA) with the Monte Carlo permutation test (999 permutations) to explain the total variation of a species matrix by the sources of spatial variables and environmental variables, the combined effect of two or three of these variables, and the unexplained fraction (Peres-Neto et al., 2006). To achieve normality, all environmental variables, except pH, were transformed by log(x + 1) (Chen et al., 2016). The species matrices were converted by Hellinger transformation to reduce the weight of abundant species (Legendre and Gallagher, 2001).

The relationship between bryophyte cover and environmental variables was analyzed by RDA because detrended correspondence analysis (DCA) showed that the length of the first axis was 3.8, which is less than 4 (Lepš and Šmilauer, 2003). RDA, dbMEM, and variation partitioning analysis were performed in R (version 3.1.12) using the “vegan” package. Detailed statistical analysis methods can be found in the book of Borcard et al. (2011).

The null model of species co-occurrence model (Gotelli, 2000; Arita, 2016) and the niche overlap of niche theory (Pianka, 1974) were used to reveal an overall interaction among bryophytes. We used the common four indices namely the checkerboard score (C-score) (Stone and Roberts, 1990), the number of checkerboard species pairs (Checker), the number of species combinations (Combo), and the variance ratio (V-ratio). In biodiversity studies, C-score is a statistic that determines the randomness of the distribution of two or more species in a biome. The C-score is the average of all possible checkerboard pairs, calculated for species that occur at least once in the matrix. Checker is the number of species pairs that never co-occur in any site. The co-occurrence analysis is sensitive to variation in species occurrence frequencies, so the number of occurrences of each species was preserved as a constraint (Gotelli, 2000; Gao et al., 2014). Additionally, V-ratio was identified by the row and column sums of the matrix, so it was not suitable for fixed–fixed (FF) algorithm (Gotelli, 2000). Therefore, according to the recommendation of Gotelli and Entsminger (2004), FF and fixed-equiprobable (FE) algorithms were used to calculate C-score and Checker; FF, FE, fixed-probability (FP), and probability–probability (PP) were used to calculate Combo; and FE, FP, and PP were used to calculate V-ratio. In a spatially isolated community, the observed indexes of C-score and Checker should be larger than the mean of simulated indexes, and the observed Combo and V-ratio should be smaller. The four indicators showed opposite trends in a spatial aggregation community (Gao et al., 2014). To compare our results with other studies (Gotelli and Entsminger, 2004), SES was calculated as follows:

[image: image]

where Io is observed index, Is is mean of simulated indexes, and SDs is the standard deviation of simulated indexes (Decaëns et al., 2009). Simulated indices were obtained from 5000 random permutations. The 95% confidence intervals for the SES were between −1.96 and 1.96.

The community-level niche overlap index was calculated by the mean of pairwise species niche overlap (Pianka’s Ojk). Pianka’s Ojk (Pianka, 1974) was calculated as follows:
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where Ojk is the niche overlap of species j and k, pij is the coverage of species j in class i of one environmental variable.

We also calculated the SES values for niche overlap (Decaëns et al., 2009). Each of the environmental variables was divided into n classes as follows: seven classes for K, eight for WTD, EC, ORP, VPC, SC, and HC, nine for Alt, Mg, Na, 10 for pH, N, Ca, and 11 for P. The co-occurrence model and the niche overlap analyses were performed in Ecosim (version 7.03).

Pearson correlation between the dbMEMs, environmental variables, and bryophyte covers were performed in R (version 3.1.14) using the “stats” package. The environmental variables were taken for spatial interpolation in Surfer 10, where the Kriging interpolation method was used. The resulting spatial distribution maps of environmental variables and bryophyte covers were contour maps.



RESULTS


The dbMEMs

The dbMEM analysis produced 31 variables, and eight dbMEMs (the first, second, third, seventh, 12th, 14th, 17th, and 28th dbMEMs) were selected for spatial variables by the analysis of forward selection with the double-stopping criterion (Figure 2). The first dbMEM increased at first and then decreased roughly from north to south, and the second dbMEM decreases roughly from east to west. The value of the third, seventh, 12th, 14th, 17th, and 28th dbMEMs showed spatial fluctuation, and the fluctuation scale gradually decreased. According to the sizes of the eigenvectors, dbMEMs can be divided into two scales: broad (the first, second, third, and seventh dbMEMs) and fine (the 12th, 14th, 17th, and 28th dbMEMs), and represented the global and local spatial structures.


[image: image]

FIGURE 2. The eight significant dbMEM variables with positive spatial correlation selected by the analysis of forward selection with Blanchet et al. (2008)’s double-stopping criterion, and alpha significant level and the adjusted R2 (R2adj) of the global analysis were used as forward selection criterion (Blanchet et al., 2008; Astorga et al., 2011). The dots indicated the position and dbMEM value of each quadrat.




The Bryophytes and Their Distribution

The frequency and average coverage of bryophyte species in the mire showed in Table 1, and the average coverage for all bryophytes was 6.1%. The frequency of S. subsecundum and the average coverage of S. imbricatum and S. subsecundum were the highest. C. stellatum showed the lowest both frequency and average coverage.


TABLE 1. The frequencies and average coverage of bryophyte species in Jinchuan mire.

[image: Table 1]The eight bryophytes occupy a part in the mire (Figure 3). A. palustre and S. imbricatum were mainly distributed in the northwest part of the mire. C. stellatum, S. flexuosum, and S. subsecundum were roughly distributed in the middle of the mire. A. undulatum was mainly distributed in the northeast and southwest part of the mire, C. cuspidata in the northeast, and S. warnstorfii in the west of the mire (Figure 3). At the broad-scale, bryophytes A. palustre, S. flexuosum, S. imbricatum, S. subsecundum, and S. warnstorfii showed correlation with one or more broad scale dbMEM spatial components (Table 2). Of these bryophytes, S. imbricatum, S. subsecundum, and S. warnstorfii correlated with the first dbMEM, which represented S. imbricatum and S. warnstorfii showed a higher cover toward the north than to the south, and S. subsecundum on the contrary. S. subsecundum correlated negatively with the second dbMEM, which represented a clear trend of increasing from east to west. At the fine-scale, C. stellatum, S. flexuosum, S. imbricatum, and S. subsecundum correlated with the 12th or 28th dbMEM, which indicates that those bryophytes had a local spatial structure.
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FIGURE 3. Spatial distribution of bryophytes in Jinchuan mire based on Kriging interpolation. (A) Aulacomnium palustre (Apa). (B) Atrichum undulatum (Aun). (C) Calliergonella cuspidata (Ccu). (D) Campylium stellatum (Cst). (E) Sphagnum flexuosum (Sfl). (F) S. imbricatum (Sim). (G) S. subsecundum (Ssu). (H) S. warnstorfii (Swa). The part of bryophyte cover less than 0 fitted by Kriging interpolation has been replaced with 0.



TABLE 2. The Pearson correlation between the spatial variables and environmental variables and between spatial variables and bryophyte covers.

[image: Table 2]


The Influence of Environmental Variables on Bryophyte Distribution

The environmental water chemistry data in the mire and paddy fields are presented in Table 3. In the paddy fields (east of the mire), the concentrations of elements, except N, were higher than those of the mire.


TABLE 3. The water chemistry in the mire and paddy fields.

[image: Table 3]Through the analysis of forward selection with the double-stopping criterion, we found that six environmental variables (Mg, Na, P, and ORP in mire water, SC, and VPC) significantly influenced the distribution of bryophytes in the mire. Environmental variables Na and SC in the mire decreased gradually from north to south (Figures 4B,F), and ORP was on the contrary (Figure 4D). Pearson correlation analysis showed that Na and SC were negatively correlated with the first dbMEM and ORP was on the contrary (Table 2). The concentrations of Mg and P in the mire clearly decreased from east to west (Figures 4A,C), and VPC showed a tendency to be higher on all sides than in the middle (Figure 4E). Pearson correlation analysis showed that Mg, P, and Na correlated positively with the second dbMEM (Table 2). Environmental variables had not only a linear trend but also a periodic variation at different spatial scales (Figure 4). In relation to the third dbMEM, ORP and SC were negatively correlated. Mg and Na were positively correlated with the seventh dbMEM, Mg negatively correlated with the 12th dbMEM, and P negatively correlated with the 17th dbMEM (Table 2).
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FIGURE 4. Spatial distribution of environmental variables in Jinchuan mire based on Kriging interpolation. The environmental variables were selected by analysis of forward selection with the double-stopping criterion. (A) Magnesium (Mg). (B) Sodium (Na). (C) Phosphorus (P). (D) Adjusted oxidation–reduction potential (ORP). (E) Vascular plant cover (VPC). (F) Dwarf shrub cover (SC). Vascular plant cover was the ratio of the area of the vertical projection of vascular plants occupying the ground. Dwarf shrub cover was the index of coverage sum of all the dwarf shrubs.


In the RDA, the first canonical axis accounted for 24.5% of the variance in the species data, and SC and Na contributed to the most variation in species composition along the first axis (Figure 5). The second canonical axis explained 5.6% of the variance in the species data and mainly represented the gradient of P and ORP. The contribution of SC, Na, and P to the bryophyte distribution was relatively large. Most bryophytes followed the first axis, such as S. imbricatum, S. subsecundum, S. flexuosum, and A. palustre. S. imbricatum and S. subsecundum had the maximum score along the first axis, A. undulatum and C. cuspidata had the maximum score along the second axis, while S. warnstorfii had the critical roles along both axes. Pearson correlation analysis showed that all the environmental factors, except ORP, were negative correlation with S. subsecundum (Table 4). SC was positive correlation with A. palustre, S. imbricatum, and S. warnstorfii, Na positively with A. undulatum, S. imbricatum, and S. warnstorfii, and P positively with A. undulatum and S. warnstorfii.
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FIGURE 5. RDA ordinations of bryophyte species with environmental variables. Bryophytes (red +): Apa, Aulacomnium palustre; Aun, Atrichum undulatum; Ccu, Calliergonella cuspidata; Cst, Campylium stellatum; Sfl, Sphagnum flexuosum; Sim, S. imbricatum; Ssu, S. subsecundum; Swa, S. warnstorfii. Environmental variables (blue arrows): altitude (Alt), calcium (Ca), phosphorus (P), potassium (K), sodium (Na), and water table depth (WTD).



TABLE 4. The Pearson correlation between environmental variables and bryophyte cover.
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Relative Contribution of Environmental Variables and Spatial Variables

Of the total variation in the cover of bryophyte species, 41.5% could be explained by the spatial and environmental variables (fractions except [h] in Figure 6, p = 0.001). In this fraction, the environmental variables (upper left-hand circle in Figure 6) explained 29.7% of the variation, of which a mere 4.5% was not spatially structured (fraction [a] in Figure 6). This fraction represented species-environment relationships associated with local environmental conditions. The proportion explained by ISD (fraction [d], [f], and [g] in Figure 6) was 25.2%. That indicated that the spatial structure of environmental factors produced a similar spatial structure in the response data. Broad scale alone explained 7.5% of the variation (fraction [b] in Figure 6, p = 0.001), and fine-scale dbMEM alone explained 4.5% only (fraction [c] in Figure 6, p = 0.521).
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FIGURE 6. Pure and shared effects of environmental (upper left-hand circle, X1) and spatial variables on the species composition of bryophyte in Jinchuan mire explained by partial redundancy analysis (pRDA) with the Monte Carlo permutation test (Peres-Neto et al., 2006). Spatial variables were separated at two scales: broad scale dbMEM (upper right-hand circle, X2) and fine scale dbMEM (lower circle, X3). When interpreting this variation partitioning diagram, keep in mind that the R2 adjustment was done for each fraction that can be fitted without resorting to pRDA or multiple regression which included [a], [b], [c], [X1], [X2], [X3], [X1 + X2], [X1 + X3], [X2 + X3], [X1 + X2 + X3], [X1| X2], [X1| X3], [X2| X1], [X2| X3], [X3| X1], [X3| X2], and that the individual fractions [d] to [h] are then computed by subtraction. Fraction [a] represented the variation explained by environment variables alone. Fraction [b], [c], and [e] represented some variation explained by spatial variables independently of the environment. Fraction [d], [f], and [g] represented spatially structured environmental variation. The statistical significance of effects: ns P > 0.05, ∗∗P < 0.01, and ∗∗∗P < 0.001.




Influence of Interspecific Interaction on Bryophytes Distribution

In species co-occurrence analysis, the observed indexes of C-score were larger than the mean of simulated indices, and the observed Combo and V-ratio were smaller. All the co-occurrence models, except the checkerboard species pairs model, showed spatial isolation among all the bryophyte species (Table 5). The average niche overlaps of all pairwise combinations of bryophytes were larger than 0.5 for all environmental variables except Na and SC (Table 6). Except for Na, N, and VPC, all environmental variables showed larger observed niche overlaps than the mean simulated variances, which indicates that bryophyte communities were competitively structured.


TABLE 5. The species co-occurrence analysis for all investigated bryophytes in Jinchuan mire, northwest China.
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TABLE 6. Niche overlap analysis for all the environmental variables.
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DISCUSSION

Our research showed that the spatial structure among bryophyte species was partly explained by a combined effect of spatial and environmental variables. ISD played a major role in the spatial structure of the bryophyte community, which supports our first hypothesis, indicating the overlapping and interdependent nature of the structuring forces in the mire (Mikulyuk et al., 2011). The spatial structure of important environmental variables can influence plant distribution and produce a similar spatial structure as for the environmental variables (Borcard et al., 2011; Mikulyuk et al., 2011). In Jinchuan mire, some environmental variables (Na, SC, and ORP) and bryophytes (S. imbricatum, S. subsecundum, and S. warnstorfii) were correlated with the first dbMEM, which represents the influence of the distribution patterns of environmental variables on the distribution of bryophytes. The distribution of S. subsecundum with trend of increasing from east to west may result from the influence of the distribution patterns of P and Mg.

In addition to ISD, spatial variables of plant distribution also result from spatial autocorrelation (Dray et al., 2006; Borcard et al., 2011), which in this case could explain 10.6% of the bryophyte distribution (fraction [b], [c], and [g] in Figure 6). Plant–plant interactions may be a source of spatial autocorrelation (Cottenie and De Meester, 2004). Our co-occurrence analysis (C-score, Combo, and V-ratio) suggests a spatial separation (negative interspecific association) among the bryophytes, which often occurs in a competitively structured community (Gotelli and Entsminger, 2004). Competitive exclusion principle states that two species competing for the same limiting resource cannot coexist at constant population values (Hardin, 1960). We showed that niche overlaps were higher than mean simulated variances of most environmental variables, which indicate that species interactions but not habitat differences resulted in the spatial separations of species in the mire (Schoener, 1983; Decaëns, 2010; Martorell et al., 2015). Such as, a competition was strong between S. flexuosum and S. imbricatum, which had high niche overlap but negative interspecific association (not shown in the results). Frego and Carleton (1995) found a similar result in a boreal forest, where the obvious spatial separation was associated with large niche overlaps among bryophytes. In shared microhabitats, one bryophyte may have a competitive advantage over other species (Bellamy and Rieley, 1967), and the weaker competitors shift to another location. Because of local competitive advantage, a continuous habitat or a mire is dominated by monodominant bryophyte communities, especially Sphagnum. Species interactions exacerbated the spatial separation of bryophytes and formed the local spatial structure of bryophytes in Jinchuan mire.

Jinchuan mire borders a volcanic hill with tephra rich in Na and K (Mao et al., 2009) in the north. Compared to data from North America and Europe (Bourbonniere, 2009), Na concentrations were not high in this mire but decreased along the north–south direction. This may be explained by leached Na from the tephra into the mire, with the highest concentrations along the margin. Our RDA analysis suggests that Na played a crucial role in bryophyte distribution. In Jinchuan mire, A. undulatum, S. imbricatum, S. subsecundum, and S. warnstorfii showed a strong correlation with Na (Table 4). According to Eppinga et al. (2010)’s description on water loss pathway in mires, water loss of Jinchuan mire is mainly due to evaporation, not drainage. Bryophytes, as ectohydric plants (Hayward and Clymo, 1982), are hardly able to regulate internal water (Smith, 1978). Sodium is one of the important chemical components in peatland waters, and can regulate osmosis, turgor pressure, and pH of plant cells (Bourbonniere, 2009). While, excessive intake of sodium is extremely toxic to most plants and detrimental to bryophytes (Sabovljevic and Sabovljevic, 2007). It seems that the last volcanic activity which occurred in the late Holocene not only changed the local climate (Mao et al., 2009) but also influenced plant distribution in this montane mire. Our results clearly suggest that most of the chemical components in the mire water come from the volcanic soil, and effect of historical volcanic activity plays an important role in bryophyte distribution.

Jinchuan mire has become the core area of a nature reserve since 2004, while human activities in the form of rice cultivation continue in the nearby lands, mainly to the east. The surplus of phosphorus is likely originating from fertilizers used in the paddy fields, and the concentrations of P in the mire showed a decreasing trend from east to west. The mire water closest to the paddy fields had the highest concentrations of P (Zeng et al., 2012), where C. schmidtii Meinsh dominated the community likely at the expense of bryophytes (not shown in the article). Phosphorus input probably increased the competitiveness of vascular plants, thus hampering the distribution of bryophytes. Phosphorus was an important factor affecting the distribution of A. undulatum, S. subsecundum, and S. warnstorfii. Different bryophytes adapt to different phosphorus concentrations. C. cuspidata was also positively affected by P too, which conforms well to the observed expansion of C. cuspidata in eutrophicated fens of Central Europe (Kooijman, 2012). Although anthropogenic land use in the surrounding landscapes showed a weaker influence than volcanic activity on bryophyte distribution, it has an important influence on bryophytes distribution in the mire.

Vascular plants, especially dwarf shrubs, significantly influenced the distribution of bryophytes in the mire. For example, SC contributed to the most variation in species composition along the first axis. The importance of plant–plant interactions increases with downscaling in vegetation distribution patterns (Hortal et al., 2010). Dwarf shrubs may support the spongy bryophytes (Malmer et al., 1994) to form hummocks thereby facilitating certain bryophytes by providing shade and reducing evaporation (Pedersen et al., 2001; van der Wal et al., 2005), but compete with other bryophytes (Zeng et al., 2012; Ma et al., 2015). Fertilization can improve the productivity of dwarf shrubs, thus enhancing the light competition to bryophytes (Bartsch, 1994). The relationship between vascular plants and bryophytes changed with increased nutrients in a mire, and then may affect the distribution pattern of bryophytes.

Human modification in surrounding landscapes not only affects the bryophyte distribution in the mire but also seriously damages the environment of the nature reserve. Besides nutrients, other harmful substances, such as herbicides and pesticides used in the paddy fields may have entered into the mire. Furthermore, corn has been cultivated in recent years on the hill slopes, bordering the northern part of the mire, and has likely increased nutrient input to the mire and influenced its vegetation pattern and plant biodiversity. Hence, it is necessary to establish a larger buffer zone to block the runoff of nutrient and pesticide-loaded water into the mire to effectively preserve the mire and its ecosystem integrity.

Because of the correlation between environmental variables, the influences of them on bryophyte distribution have some overlap. The analysis of forward selection with Blanchet et al. (2008)’s double-stopping criterion can reduce the explanatory variables and prevent the inflation of the overall type I error. However, it is impossible to determine which of the two related environmental variables is the true cause of species distribution. For example, the spatial distribution of SC and potassium is similar; hence, the analysis of forward selection may mask the significant effect of potassium. Using principal component analysis to reduce environmental variables may lead to different conclusions (Gao et al., 2014).



CONCLUSION

Induced spatial dependence plays a major role in community structuring of bryophytes in Jinchuan mire. Sodium in water mainly from the volcanic hill on the north was a double-edged sword for bryophytes and played an important role in bryophyte distribution. The paddy fields adjacent the east of mire have an important influence on species distribution in the mire due to the influx of P fertilized in rice cultivation. Furthermore, dwarf shrubs affected by nutrient distribution in the mire significantly influenced the distribution of bryophytes in the mire. Competitive interactions exacerbated the spatial separation of bryophytes and formed the local spatial structure of bryophytes in Jinchuan mire. In order to effectively conserve the mire, we suggest to maintain a proper buffer zone around the mire to prevent influx of nutrient-loaded water from the surrounding landscapes.
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Industrial activities for resource extraction have led to a network of seismic lines across Canada’s boreal regions where peatlands often make up over 50% of the landscape. These clearings can have a significant influence on ecosystem functioning through vegetation removal, flattening of microtopography, altering hydrological pathways, and impacting biogeochemical processes. Recently, there has been a concerted effort to restore seismic lines to bring back the localized microtopography and encourage ecosystem recovery. A common restoration approach on seismic lines is mounding, which involves using machinery to recreate natural microtopography. Research is scarce on the impact on soil properties following both these disturbances and subsequent restoration on organic soils. The objectives of this study were to: (1) identify differences in soil physical and chemical characteristics between areas disturbed by seismic lines and adjacent natural areas and (2) determine changes to soil physical and chemical properties following the mounding restoration technique. Research was undertaken at two contrasting boreal ecosites (a poor mesic and a treed fen) near Fort McMurray, Alberta, Canada. In July 2018, we collected soil samples at 34 seismic line locations, both on the line and 20 m into the adjacent undisturbed area. Samples were analyzed for bulk density, volumetric water content (VWC), organic matter (OM) content, C:N ratios, and δ13C/δ15N isotope analysis. Seismic line disturbances had a significant impact on soil properties, with increased bulk density and VWC on the line at both ecosites. We found an almost 40% reduction in OM on the line compared to natural areas at the poor mesic site, implying changes to carbon cycling, increased mineralization rates, and carbon loss from the system. There was also δ13C/δ15N enrichment and narrower C:N ratios on the line, indicating increased decomposition. We found evidence of increased decomposition on the mounds created after restoration at the treed fen. Our results highlight a trade-off between restoration activities that may encourage recovery but also cause increased carbon losses from the system. This research is a first step in gaining a better understanding of these impacts in light of current restoration practices to ensure best management practices for improving ecosystem functioning.

Keywords: linear disturbance, boreal forest, bulk density, decomposition, stable isotopes, restoration, artificial microtopography


INTRODUCTION

Industrial activities for resource extraction have led to an extensive network of exploration lines, known as seismic lines, across Canada’s boreal regions (Pasher et al., 2013; Dabros et al., 2018). The construction of these clearings involves vegetation removal and soil compaction, resulting in a network of linear disturbances that have the potential to impair forest cover (Filicetti et al., 2019), alter predator-prey dynamics (DeMars and Boutin, 2018), and increase greenhouse gas emissions (Strack et al., 2019). There is currently no mandate in Canada to restore these seismic line disturbances. According to standard practice in Canada, seismic lines were left for natural regeneration and although some natural tree regeneration does occur (Lieffers et al., 2017), most sites have limited recovery (van Rensen et al., 2015), even after decades (Lee and Boutin, 2006) although this can be dependent on ecosite type. Negative impacts of seismic lines on ecosystem structure, function, and lack of recovery have led to a decline in at-risk species such as woodland caribou (Rangifer tarandus caribou) (Dyer et al., 2001, 2002; Filicetti et al., 2019), leading to an increasing interest in restoring inactive seismic lines. In order to address the apparent ecological issues associated with failure to return to forest cover, the energy industry has voluntarily chosen to begin to actively restore seismic lines using a range of techniques including mechanical site preparation, tree planting, and recruitment of coarse woody material. Mounding treatments are a type of mechanical site preparation used to artificially recreate microtopography (Dabros et al., 2018; Filicetti et al., 2019) which is a key functional component of boreal ecosystems. Although application to treed peatlands is not well documented, mechanical site preparation and mounding specifically has a long history in industrial silviculture (Forest Resource Development Agreement [FRDA], 1989). Although it is well established that tree regeneration is largely dependent on soil conditions (Lieffers et al., 2017; Henneb et al., 2019), effects of seismic line disturbance and mounding treatments on organic soil physical and chemical properties are poorly understood. Here, we address this knowledge gap by assessing the effects of these disturbances and restoration techniques on soil physical and chemical properties.

There are two categories of seismic lines; legacy and low impact. Legacy lines (hereinafter referred to as wide lines) are typically 5–10 m wide, are straight and cleared using heavy machinery. Comparatively, low-impact lines (hereinafter referred to as narrow lines) are narrower (∼1–5 m), meandering, and cleared with a goal to limit ground disturbance (Lee and Boutin, 2006). Both of these disturbances result in the removal of vegetation (Filicetti et al., 2019), simplification of microtopography (Stevenson et al., 2019), alterations in microclimate (Stern et al., 2018), and hydrology (Williams et al., 2013; Braverman and Quinton, 2016), as well as changes in biogeochemical processes and soil characteristics (Lee and Boutin, 2006; Strack et al., 2019). Hydrological changes include altered and impeded surface and subsurface water flow (Braverman and Quinton, 2016). Increased compaction can decrease the saturated hydraulic conductivity of peat by 75% (Price et al., 2003). Decreased evapotranspiration can also occur due to the removal of the woody vegetation layer (Lee and Boutin, 2006). The flattening of the typical microtopography (hummocks; Stevenson et al., 2019) and compaction of the soil (Lovitt et al., 2018) leads to changes in soil morphology (Startsev and McNabb, 2009) and a reduction in microsites needed for successful tree germination (Lee and Boutin, 2006).

The compaction of the surface layer during disturbance can be measured by an increase in the bulk density of the soil. As organic particle and pore size decrease with increased decomposition (Boelter, 1969), bulk density can also be a useful indicator of soil decomposition extent. Disturbances can increase rates of mineralization and carbon (C) and nitrogen (N) cycling processes (Walbridge and Lockaby, 1994; Westbrook et al., 2006). C:N ratios have often been used to investigate the amount of soil decomposition (Kuhry and Vitt, 1996). Assuming that organic materials are consistent at the beginning and that volatile loss of N is negligible, this ratio is a measure of mass loss caused by mineralization based on the consumption of C-rich substances in relation to N (Damman, 1988; Drollinger et al., 2019) and subsequent release of carbon dioxide (CO2) or methane (CH4) through microbial respiration (Malmer and Holm, 1984). Disturbances such as these can also cause changes in the isotopic composition of the soil, including enrichment of both δ13C and δ15N. δ13C in plant litter and soil can be used to differentiate between isotopic effects in the early stages of decomposition (Nadelhoffer and Fry, 1988; Connin et al., 2001). δ15N can give us an insight into changes in N content within both the plant litter and soil layers (Asada et al., 2005; Goud and Sparks, 2018) and can also be used as an indicator of decomposition extent (Amundson et al., 2003). Nutrient availability may change post-disturbance, linked to warmer, more aerobic, or wetter conditions altering microbial activity that may ultimately change net mineralization rates (Bradford et al., 2008; Li et al., 2012).

Seismic lines can also cause a significant shift in vegetation community composition, altering competitive relationships and making it difficult for trees to recolonize. Dense graminoid cover, especially prevalent after disturbance can shade tree seedlings, whereas dense Sphagnum spp. communities can bury small seedlings (Roy et al., 2000; Camill et al., 2010). Furthermore, changes in vegetation community composition and litter inputs can alter microbial communities, changing microbial cycling and potentially enhancing mineralization or overall decomposition extent (Scheffer et al., 2001; Allison and Treseder, 2011).

In order to restore seismic lines and accelerate the recovery of these lines (including regeneration of the tree cover), mounding treatments are used (Dabros et al., 2018; Filicetti et al., 2019). This involved creation of artificial microtopography (hummocks) on which tree seedlings are planted to establish tree growth. The ground surface on the seismic line is often lower than the adjacent forested ecosystem due to compaction (Stevenson et al., 2019) and therefore often has higher soil moisture content. Artificial mounding creates drier conditions that encourage tree seedling establishment and success (Lieffers et al., 2017). Mounding has been successfully shown to enhance tree growth across seismic lines (Filicetti et al., 2019), yet where mounds are formed from well-decomposed soil they can eventually flatten out (Lieffers et al., 2017), in which case the microsite benefit may be lost. Furthermore, Takyi and Hillman (2000) found little improvement in tree growth on artificial mounding treatments compared to the flat ground in a drained peatland and Pacé et al. (2018) found that nutrient availability could be a limiting factor in tree regrowth. In fact, there is the potential that mounding may have increased rates of decomposition and soil respiration now that the soil is disturbed (Smolander and Heiskanen, 2007). Yet, despite this, the effects of seismic line disturbance and mounding restoration treatments on organic soil characteristics have not been investigated in detail. Therefore, the objectives of this study were: (1) to determine differences in soil physical and chemical characteristics between narrow and wide lines and the adjacent undisturbed areas and (2) document changes to soil physical and chemical characteristics following mounding compared to unmounded lines and adjacent reference sites. We hypothesized that narrow lines and mounded lines would have less compaction and faster rates of nutrient cycling, evidenced by lower bulk density, increased soil moisture, and C and N enrichment compared to wide lines.



MATERIALS AND METHODS


Study Site and Design

This study was undertaken in 2018 across seismic lines at two contrasting ecosites, a poor mesic site (seismic lines cleared in approximately 2006/2007) known as Tiger Sands [Figure 1A; defined as a combination of (c1) Laborador tea-mesic Pj-Sb and (g1) Laborador tea-subhygric Sb-Pj (Beckingham and Archibald, 1996) and a treed fen site (lines cleared roughly between 1998 and 2005) known as Kirby (Figure 1B; defined as (k1) treed rich fen; Beckingham and Archibald, 1996)] that was subject to a mounding restoration technique in 2015 (Figure 1C). The poor mesic site (56°21′11.38.8″ N, 111°35′13.2″ W) and treed fen site (55°22′11.17″ N, 111°09′15.4″ W) are located approximately 1 and 2 h south of the city of Fort McMurray, Alberta, respectively. Mean annual temperature (1981–2018) is 1°C and mean annual precipitation is ∼420 mm (Environment Canada, 2019). Both ecosite types were dominated by Picea mariana (Mill.) Britton (black spruce), with Pinus banksiana Lamb (jack pine) also present at the poor mesic site. The lines at the treed fen site were dominated by Carex spp. and Sphagnum spp., and the adjacent undisturbed areas had a much higher coverage of feather mosses.
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FIGURE 1. Example of seismic line disturbance at (A) poor mesic site, (B) treed fen site, and (C) example of the mounding technique.


At the poor mesic site, triplicate soil samples were collected near the center of the line, edge of the line and, 5 and 20 m into the adjacent undisturbed area (hereafter known as reference); this procedure was replicated for 24 lines (12 narrow and 12 wide) to a depth of 10 cm from the ground surface. The narrow lines are approximately 0.25 km apart and the wide lines are approximately 0.5 km apart. At the treed fen site, 10 narrow lines (five mounded and five unmounded) were chosen, with triplicate soil samples collected directly on the line and 20 m into the reference sites, at both high and low microtopographic positions at each sampling location. At the mounded line, the “low” samples were collected in locations as low as possible (lowest point on artificial mound or adjacent flat area) without being underwater. These lines were also approximately 0.25 km apart. A metal can (volume = 415 cm3) was used to collect the soil samples to a depth of 10 cm, taking care to avoid compaction during collection. Due to the difficulty of defining the transition from living moss to soil in organic soil layers, at both sites, the moss/lichen layer was not removed prior to sample being taken and was assumed to be the top layer of the soil. Although changes to physical and chemical properties may change throughout the soil column, we chose to focus on the near surface conditions as this is the layer in which tree seedlings will establish and the most likely to be disturbed by seismic exploration activities. This also allowed us to conduct a more extensive sampling design across many seismic lines in remote locations.



Soil Analysis


Soil Physical Characteristics

Bulk density (g/cm3) was determined by drying each sample in an oven at ∼60°C for 2 days or until the sample reached constant weight. Organic matter (OM) content (%) was calculated using the loss on ignition (LOI) method (Rowell, 1995). Approximately 2 g of each dried sample was weighed and then burned in a muffle furnace at 550°C for 3 h. After burning the samples, they were left to cool overnight and weighed post ignition. LOI is calculated as the difference between pre-ignition and post-ignition mass expressed as a percentage of pre-ignition mass. Volumetric water content (VWC) (%) was calculated by taking the wet weight minus the dry weight divided by the volume of the sample. Soil organic carbon (SOC; kg/m2) content in the top 10 cm was calculated by first multiplying the bulk density (converted to kg/m3) by the total carbon content (see next section) and then by 0.1 to account for the depth of the sample.



Soil Chemical Characteristics

Carbon and nitrogen percent element (C, N) and isotope ratios (δ13C, δ15N) were measured using a continuous flow isotope ratio mass spectrometer (Thermo Scientific Delta Plus XL) coupled to an elemental analyzer (Costech ECS 4010). Isotope ratios are expressed as δ values (per mil):
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where Rsample and Rstandard are the ratios of heavy to light isotope of the sample relative to the international standards for C and N, Vienna-Pee-Dee Belemnite and atmospheric nitrogen gas (N2), respectively. A subset of the samples (approximately 90) was used for this analysis (0.01 mg for C and 0.02 mg for N). Samples were analyzed at the University of Waterloo Environmental Isotope Laboratory, Waterloo, ON, Canada.



Statistical Analyses

To determine potential differences in bulk density, OM content, VWC, C:N ratios, δ13C, and δ15N at the poor mesic site, we conducted a two-way ANOVA (Type III SS) with position (online, edge, 5 m and reference) and location (narrow or wide lines) as fixed factors. We conducted the same analyses for the treed fen site, with position (high or low) and treatment (mounded lines, unmounded lines, or reference) as fixed factors. To account for the nested experimental design, we averaged the measurements (n = 3) taken for bulk density, OM content, and VWC. If significant relationships were found, a Tukey HSD post hoc analysis was used (lsmeans package; Lenth, 2016). All analyses were performed in R 3.6.2 (R Core Team, 2013).



RESULTS


Soil Physical Characteristics

Wider lines at the poor mesic site (created in approximately 2006/2007) demonstrated significantly greater soil compaction (ANOVA, F2,32 = 11.4; p = 0.0001), with a mean (±standard deviation) bulk density of 0.3 ± 0.2 g/cm3 compared to the narrow lines (0.04 ± 0.1 g/cm3) (Figure 2A). In comparison, the adjacent reference site had a bulk density of 0.05 ± 0.02 g/cm3 (Figure 2A). At the treed fen site (lines created between approximately 1998–2005), the unmounded lines (comparable narrow lines) had similar bulk density at 0.03 ± 0.02 g/cm3 to the narrower lines at the poor mesic site and the mounded lines had a bulk density of 0.06 ± 0.04 g/cm3 (Figure 3A).
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FIGURE 2. (A) Bulk density (g/cm3) and (B) volumetric water content (VWC; %) on wide and narrow lines at positions Online (wide n = 12, narrow n = 16), Edge (wide n = 16, narrow n = 16), 5 m (wide n = 16, narrow n = 16), and 20 m into the undisturbed site (Reference; wide n = 16, narrow n = 18) at the poor mesic site. Two-way ANOVA followed by a Tukey HSD (p < 0.05). Groups sharing a letter are not significantly different.
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FIGURE 3. (A) Bulk density (g/cm3) and (B) volumetric water content (VWC; %) for high and low positions at the treed fen site across Mounded line (high n = 16, low n = 15), Unmounded lines (high n = 18, low n = 17), and 20 m into the undisturbed site (Reference; high n = 30, low n = 29). Two-way ANOVA followed by a Tukey HSD (p < 0.05). Groups sharing a letter are not significantly different.


There was significantly higher soil moisture content on the lines compared to the reference sites at the treed fen site (ANOVA, F2,34 = 11:00; p = 0.0002) (Figure 3B). There was no significant difference between high and low positions at both the mounded and unmounded lines. Wider lines at the poor mesic site also had significantly higher soil moisture content (ANOVA, F3,32 = 3.36; p = 0.03) (∼30%), compared with the adjacent reference site at the poor mesic site (Figure 2B).

We found a significant decrease in OM content (between 30 and 40%) from the Reference area and edge to on-line at the poor mesic site (ANOVA, F3,34 = 8.3, p = 0.0001) (Table 1). However, there was no significant difference in OM content between the line (both mounded and unmounded) and adjacent undisturbed locations at the treed fen site (Table 2). SOC in the top 10 cm was greatest on the wide (3.92 ± 1.6 kg/m2) and mounded (3.76 ± 1.4 kg/m2) lines, respectively (Table 3), which both had the greatest rates of compaction (Figures 2A, 3A).


TABLE 1. Mean (± standard deviation) organic matter content (OM%), C:N ratio, δ13C and δ15N values for poor mesic site.
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TABLE 2. Mean (±standard deviation) organic matter content (OM%), C:N ratio, δ13C and δ15N values for treed fen site.
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TABLE 3. Mean (±standard deviation) soil organic carbon (SOC; kg/m2) in the top 10 cm across each location.
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Soil Chemical Characteristics

Mean (±SD) C:N ratios ranged from 40.7 ± 7.2 (online) and 63.9 ± 15.5 (reference) at the poor mesic site to 17.1 ± 4.6 (online) and 26.6 ± 0 (reference) at the treed fen site (Tables 1, 2). C:N ratios were significantly narrower on the wide lines at the poor mesic site and on the mounded line at the treed fen compared to the adjacent reference areas (Tables 1, 2).

We observed significantly higher δ13C values on the wider lines compared to both the narrow lines and the reference sites (ANOVA, F2,25 = 14.73, p = 0.0003) (Figure 4A). Similarly, there was significantly higher δ15N enrichment in online samples compared to reference locations (ANOVA, F2,25 = 61.02, p < 0.0001) (Figure 4B). The mounded lines at the treed fen sites were significantly enriched in both δ13C (ANOVA, F2,24 = 7.01, p = 0.004) and δ15N (ANOVA, F2,25 = 7.8, p = 0.002) in comparison to the reference sites (Figure 5). Overall, δ13C values between both the poor mesic site and the treed fen were similar, but the treed fen was more enriched in δ15N than the poor mesic site.
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FIGURE 4. (A) δ13C (‰) and (B) δ15N (‰) for online (wide n = 9, narrow n = 19) and reference sites (wide n = 10, narrow = 24) at both narrow and wide lines. Two-way ANOVA followed by a Tukey HSD (p < 0.05). Groups sharing a letter are not significantly different.
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FIGURE 5. (A) δ13C (‰) and (B) δ15N (‰) for mounded (high n = 4, low n = 5) and unmounded lines (high n = 4, low n = 5) and reference sites (high n = 5, low n = 8). Two-way ANOVA followed by a Tukey HSD (p < 0.05). Groups sharing a letter are not significantly different.




DISCUSSION

Across Alberta, it is estimated that seismic line disturbances from resource extraction operations account for more than 80% of boreal anthropogenic disturbances (Pasher et al., 2013), covering an area of approximately 1200 km2 (Strack et al., 2019). Our aim was to investigate the impact of these disturbances and subsequent restoration methods on soil physical and chemical properties across contrasting boreal ecosites. We found a significant effect of seismic line disturbances on soil characteristics at both the poor mesic and treed fen sites. There was a greater impact to soils on the wide lines at the poor mesic site, with greater increases in bulk density and a higher moisture content due to the lowering of the surface (reducing water table depth) following a potential combination of both compaction and loss of OM. Bulk density at the treed fen was similar to an undisturbed boreal peatland by Waddington and Roulet (2000) (between 0.05 and 0.15 g/cm–3) and to a study by Strack et al. (2018) on a boreal peatland impacted by winter road construction (0.04–0.16 g/cm–3), whereas on the wide lines at the poor mesic site, the bulk density was more than five times this. This is due to both higher mineral soil content at this ecosite, but also a combination of increased compaction, mineralization, and decomposition on the line. Soil compaction can cause a decrease in soil aeration, leading to changes in soil morphology and impacting productivity of the system (Startsev and McNabb, 2009). A likely cause of this compaction is the use of heavy machinery to clear the wide lines but may also be related to removal of the more porous surface soil layer during the disturbance, or continued mineralization post-disturbance resulting in continued compaction. At both sites, the increased soil compaction on the lines also led to increases in VWC, likely due to the soil surface now being closer to the water table. Higher bulk density may also result in smaller pore sizes that have greater moisture retention, even with a water table drawdown during drier conditions, further contributing to higher soil moisture (Rezanezhad et al., 2016; Golubev and Whittington, 2018). The compaction of the soil and homogenizing of the landscape through the removal of localized microtopographic features may lead to pooling of water near the surface, as water cannot easily infiltrate highly compacted soil (Dabros et al., 2018; Golubev and Whittington, 2018). However, consistent increased moisture levels could also reduce respiration rates through reduction of the aerobic zone, and this will likely lower soil OM decomposition (Ise et al., 2008). Removal of the woody vegetation from the lines can also contribute to increases in soil moisture, through a reduction in water intake and decreased rates of evapotranspiration (Vitt et al., 1975; Dabros et al., 2018).

There was a significant difference in OM content from the reference site to the line in poor mesic sites. This could be attributed to mineralization of OM following disturbance (Mallik and Hu, 1997), either at the time of seismic line construction, or persisting in the new environmental conditions present on the line, or both. It could also result in a change in the net carbon balance of the system due to shifting inputs through lack of tree cover and changing ground layer vegetation. It is possible that seismic line construction and subsequent mounding in the treed fen also caused losses of OM through increased decomposition rates and subsequent respiration. When the soil is disturbed, inverted to create the mound and exposed to the air, higher amounts of decomposition and soil respiration through increased microbial activity would be expected (Mallik and Hu, 1997). Although not significantly different, we did observe consistently lower mean OM content on the line than in the reference ecosystem at the treed fen site. However, given that approximately the entire upper 1 m of the soil column is partially decomposed OM, these losses would likely not be measurable by investigating OM content alone. In fact, the amount of CO2 lost from the system following this disturbance is poorly known and is the subject of further study.

The poor mesic site had higher C:N ratios, attributed to larger influence of litterfall from adjacent trees and woody vegetation and potentially slower decomposition (Kuhry and Vitt, 1996) compared to the treed fen site. During line clearing, there are a variety of practices for removing tree cover, including removal from site, creation of windrows, and mulching of woody debris. Given the high C:N ratio of wood, this may have an impact on measured soil C:N values, but this would be difficult to account for, given that specific actions at any given site are difficult to obtain. The low C:N ratios found at the mounded site on the treed fen indicate that decomposition has been enhanced on these artificial hummocks (Kuhry and Vitt, 1996; Drollinger et al., 2019) and support the hypotheses of an increase in respiration rates and lower OM content expected in these areas. This is further supported by the enriched δ13C values found at these sites. This indicates enhanced decomposition post-disturbance and may be a useful indicator of carbon loss given we cannot easily capture a loss in OM at these wetland sites.

Removal of the woody vegetation would lead to differences in N-inputs between lines and undisturbed areas, resulting from changes in the vegetation and microbial community, and the microclimate/abiotic conditions following disturbance. Enrichment occurs when there are more arbutoid or monotropoid mycorrhizae that give enriched N to their plant partners relative to ericoid or ecto-mycorrhizae that give depleted N (Hobbie and Högberg, 2012; Goud and Sparks, 2018). Higher δ15N can also be attributed to warmer soils and soils with more ammonium (NH4+) relative to nitrate (NO3–) (Craine et al., 2015), the latter likely when soil moisture content is high (Macrae et al., 2013; Wood et al., 2016). Perhaps most importantly, and intimately connected to the previous points, are rates of the various N cycling components, especially increasing mineralization and immobilization given the alterations of oxic-anoxic conditions following disturbance (Amundson et al., 2003; Kramer et al., 2003; Asada et al., 2005). Regardless of ecosystem or disturbance type, enrichment of δ15N in these boreal systems is most likely driven by different N sources, particularly the relative availability of organic vs. mineral/mineralized N (Högberg, 1997) which can have implications for vegetation community change and/or recovery.

The changes in ecohydrological dynamics following disturbance will over time lead to changes in the vegetation composition (Dabros et al., 2018), including increases in graminoid cover (for example, an increase in sedge cover across wetter disturbed peatland areas; van Rensen et al., 2015). The removal of woody vegetation and the opening of the tree canopy allow Sphagnum species to rapidly colonize these disturbed sites and outcompete feather moss (Bisbee et al., 2001). This can become an issue where slow growing tree-saplings that are successful in naturally regenerating on the lines are outcompeted by the faster growing moss species (Ohlson and Zackrisson, 1992; Roy et al., 2000). The lines at the treed fen have a substantial cover of Sphagnum in comparison to the feather dominated reference areas. We also saw colonization of tree saplings on the artificial mounds at the treed fen site. However, the increase in Sphagnum cover could lead to an increase in C uptake and decrease respiration rates as Sphagnum is typically highly productive and recalcitrant (Turetsky et al., 2008). In fact, similar carbon exchange function can arise in peatland plant communities despite species turnover (Robroek et al., 2017), suggesting that new communities could offer similar C storage function despite the lack of trees.



CONCLUSION

This work has provided an insight into changes in soil properties following the creation and subsequent restoration of seismic lines across two contrasting ecosites in northern Alberta. Overall, seismic line disturbances significantly impact soil physical and chemical characteristics. Specifically, seismic lines increase bulk density and moisture content, decrease OM content, and enhance decomposition. The large reduction in OM found in poor mesic sites has major implications for carbon cycling across these sites, indicating increased rates of mineralization. This is also highlighted by the increased δ13C and δ15N values found on the line, also pointing to increases in decomposition. The mounding technique used for restoration of these lines (Lieffers et al., 2017) also causes some disturbance to soil properties through increased decomposition and higher bulk density. Although seismic lines only make up a relatively small part of the landscape, it has to be questioned whether mounding these lines is a trade-off between disturbing the landscape to encourage tree regeneration and enhancing OM decomposition leading to increased carbon losses from the system. As mounding has been successfully used to improve tree regeneration in other ecosite types, future work should involve investigating alternative mounding techniques to ensure both tree recovery and minimal impact to the surrounding landscape in wetland systems.
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Wetlands are important modulators of atmospheric greenhouse gas (GHGs) concentrations. However, little is known about the magnitudes and spatiotemporal patterns of GHGs fluxes in wetlands on the Qinghai-Tibetan Plateau (QTP), the world’s largest and highest plateau. In this study, we measured soil temperature and the fluxes of carbon dioxide (CO2) and methane (CH4) in an alpine wetland on the QTP from April 2017 to April 2019 by the static chamber method, and from January 2017 to December 2017 by the eddy covariance (EC) method. The CO2 and CH4 emission measurements from both methods showed different relationships to soil temperature at different timescales (annual and seasonal). Based on such relationship patterns and soil temperature data (1960–2017), we extrapolated the CO2 and CH4 emissions of study site for the past 57 years: the mean CO2 emission rate was 91.38 mg C m–2 h–1 on different measurement methods and timescales, with the range of the mean emission rate from 35.10 to 146.25 mg C m–2 h–1, while the mean CH4 emission rate was 2.75 mg C m–2 h–1, with the ranges of the mean emission rate from 1.41 to 3.85 mg C m–2 h–1. The estimated regional CO2 and CH4 emissions from permanent wetlands on the QTP were 94.29 and 2.37 Tg C year–1, respectively. These results indicate that uncertainties caused by measuring method and timescale should be fully considered when extrapolating wetland GHGs fluxes from local sites to the regional level. Moreover, the results of global warming potential showed that CO2 dominates the GHG balance of wetlands on the QTP.

Keywords: climate change, wetlands, greenhouse gas, carbon fluxes, global warming potential


INTRODUCTION

Since the beginning of the Industrial Era, large amounts of greenhouse gases (GHGs) have been released into the atmosphere (Boden et al., 2011). The continuously increasing concentrations of GHGs, particularly carbon dioxide (CO2), methane (CH4), and nitrous oxide (N2O), contribute to the rise of land and ocean surface temperatures globally (IPCC, 2013). The trend of global warming will undoubtedly lead to changes in ecosystem structure, processes and functions in the next decades (Kintisch and Buckheit, 2006).

Although the increasing concentration of GHGs in the atmosphere is due mainly to human activities, about one third derives from natural resources, such as wetland soils (Marin-Muniz et al., 2015). Wetlands are unique in that they are formed by the interaction of terrestrial and aquatic ecosystems (Lewis and Ebrary, 1995). This allows them to serve many important functions, including improving water quality and micro-climate, sequestering carbon, and protecting biodiversity (Costanza et al., 1997; Engelhardt and Ritchie, 2001; Lamers et al., 2014). The wetlands occupy only 5–8% of land areas on Earth, but they store more than 30% of the world’s soil carbon (Bridgham et al., 2012; Malone et al., 2013). Especially, in high-latitude wetlands, the combination of high productivity and low decomposition has resulted in significant carbon storage (Whiting and Chanton, 2001). Wetlands are considered as a major source of GHGs emissions (Bridgham et al., 2012; Mitsch et al., 2013). Therefore, quantifying and modeling the emission of GHGs from wetlands is very important for understanding the impacts of climate change on terrestrial ecosystem processes (Liu et al., 2017).

Many studies identified the production of GHGs in wetlands generally depends on soil temperature, water tables and redox conditions (Inglett et al., 2012; Treat et al., 2014). Soil temperature may impact the gaseous diffusivity of surface soils, soil organic matter decomposition, chemical reaction rates and so on, which ultimately impact GHGs emissions in wetlands (Liu et al., 2017; Yu et al., 2017). Although some studies have evaluated the relationships between GHGs fluxes and different environment factors in wetland, they are still uncertain in different wetlands. For example, a strong correlation between GHGs fluxes and soil temperature was found in artificial wetlands (Liu et al., 2013), but weak correlations were found in northern wetlands (Yu et al., 2017). Therefore, more in situ observations are still needed in wetlands.

The Qinghai-Tibetan Plateau (QTP), also known as the “Third Pole” of the Earth, is the largest and highest plateau in the world, with an average altitude of about 4 km. About 25% of the plateau’s area of 2.5 × 106 km2 (Chen et al., 2013a) is covered in wetlands (Hirota et al., 2004; Lehner and Doell, 2004; Niu et al., 2012; Chen et al., 2014; Wei and Wang, 2016). Since the 1960s, the QTP has experienced substantial changes due to human activities and natural processes, such as climate warming, water pollution and degradation of grassland and wetland (Piao et al., 2010; Chen et al., 2013b; Gao et al., 2013). The temperature of QTP has increased by 0.2°C per decade, faster rate than the global average of 0.74°C over the last century (Chen et al., 2013b; Liu et al., 2017). Climate changes are likely to affect the carbon and nitrogen cycles of alpine wetlands on the QTP (Gao et al., 2009; Tang et al., 2009; Zeng et al., 2017). Therefore, studying the GHGs fluxes in the QTP wetlands is necessary, which will further our understanding of carbon dynamics, as well as provide crucial insight into wetland responses to climate change. Although several studies estimated the dynamic and budget of carbon on the QTP, significant uncertainties of the size and the spatial distribution of carbon still exist when estimating current and future GHGs emissions from wetlands (Chen et al., 2013a; Jin et al., 2015; Wei and Wang, 2016; Cao et al., 2017; Zhang et al., 2020). There is a need for long-term field measurements to quantify carbon dynamics in wetlands under various climatic conditions (Zhao et al., 2006). And to evaluate the differences from different methods at different temporal-spatial scales will contribute to accurately quantify the budget of carbon of wetlands on the QTP.

In the present study, we measured the GHGs (CO2 and CH4) exchange between the atmosphere and wetland ecosystem on the QTP by the manual static chamber-gas chromatography method and the eddy covariance (EC) method. We aimed to (1) investigate spatiotemporal variations in CO2 and CH4 fluxes between soil and atmosphere and their relationship with soil temperature in the wetlands of the QTP, and (2) assess the uncertainties in extrapolation of CO2 and CH4 emissions from wetlands on the QTP.



MATERIALS AND METHODS


Study Site

The study was conducted at the Riganqiao Provincial Wetland Reserve (33°06′25″ N, 102°38′33″ E) located in the National Nature Reserve of Hongyuan county, China (Figure 1). The study site lies in the northeastern region of the QTP. The alpine wetland has an annual average temperature of 1.5°C and annual average precipitation of 270 mm (Liu et al., 2016; Zhong et al., 2017). The dominant vegetation is herbaceous plants, including Carex mulinesis, Trollius farreri, Gentianan formosa, and Caltha palustris (Yang et al., 2014; Liu et al., 2016; Zhong et al., 2017).
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FIGURE 1. Location of the Riganqiao Provincial Wetland Reserve. (A) Elevation map showing the sample site, denoted with a red flag, located on the Qinghai-Tibetan Plateau in the northeast region of Hongyuan county, China. Photographs of the (B) eddy covariance system and (C) static chamber used in this study.




Gas Flux Measurements and Calculations

We performed in situ measurements primarily using the manual static chamber-gas chromatography method, already used to study most natural ecosystems (Chen et al., 2013a; Marin-Muniz et al., 2015; Wei and Wang, 2016). The eddy covariance (EC) method, a micrometeorological approach widely was applied to continuously measure carbon exchange between the atmosphere and ecosystems (Yu et al., 2017; Cui et al., 2018).


Chamber Method

GHGs fluxes were measured with static chamber method in situ from April 2017 to April 2019. The base of the stainless steel chamber (50 × 50 × 50 cm) was embedded 10 cm into the soil. To begin sampling, the base was filled with water to seal the compartments from outside air. Four static chambers were established on the study site. Four air samples were collected per hour from each chamber, which were taken at 10 min intervals after enclosure, stored in 10 ml air-tight vacuum vials. We took eight measurements from 10:00 to 18:00. Eight GHGs fluxes were collected for each chamber and the average value of four chambers was taken as the monthly emission value. No measurements were taken in February because weather conditions blocked access to the sample site. Temperature was recorded during gas sampling by sensors positioned on the inside and outside of the chamber and connected to an electronic thermometer. The GHGs concentrations were analyzed by gas chromatography (7890A GC System, Agilent Technologies, United States) (Chen et al., 2013a).

The fluxes of CO2 and CH4 were calculated as:
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where F is gas flux; H, chamber height above the soil surface; M, molar mass of gas; V0, standard molar volume (22.4 L mol–1); P, atmospheric pressure at the sampling site; P0, atmospheric pressure (101,325 Pa); T0, absolute temperature of 0°C (273.15 K); T, the absolute temperature of the sampling time and dc/dt, change in gas flux rate. Details regarding the calculation of gas fluxes have been described (Chen et al., 2013a; Marin-Muniz et al., 2015).



EC Method

The CH4 fluxes were measured from January 2017 to December 2017 using the open-path EC method at a height of 2.5 m (Figure 1). Flux data were recorded at 10 Hz and logged at 30-min intervals using a data logger (CR3000; Campbell Scientific, United States). The raw CH4 data were postprocessed and quality controlled by EddyPro v4.2 software1 to compute the CH4 fluxes over an half hour interval (Foken et al., 2004). Due to missing and discarded data, in this study, we filled the gaps of CH4 data by an average diurnal variations based on previous and subsequent days. Details of the CO2 data processing have been described in previous study (Liu et al., 2019).




Soil Temperature Measurements in situ

Soil temperature was automatically recorded at 30-min intervals by sensors (WatchDog-B101, Spectrum, Chicago, United States) placed 5 cm below the soil surface at the sample site. Further investigation was conducted to explore the relationships between soil temperature at 5 cm of depth and GHGs emissions.



Additional Data Sources and Preprocessing

Wetland distribution maps (1980, 1990, 2000, and 2008) were acquired from Niu et al. (2009), which had been widely used in wetland classification and ecological regionalization (Liu et al., 2015; Zhu et al., 2016; Wang et al., 2020). In this study, the area overlapping across all four wetland distribution maps was defined as permanent wetland. Grid monthly soil temperatures at a depth of 5 cm (1960–2017) of QTP was extracted form the soil temperature dataset of China, which was constructed by interpolation at a spatial resolution of 5 arc-min using ANUSPLIN based on soil temperature data at a depth of 5 cm of 650 national meteorological stations that obtained from the China Meteorological Data Service Center2.



Statistical Analyses

Mean emissions of CO2 and CH4 were calculated by averaging the replicates of sampling data. Soil temperature was calculated by averaging daily data. Linear and non-linear regressions were used to evaluate the relationship between soil temperatures and GHGs fluxes as measured by both methods (static chamber or EC) at different timescales (annual and seasonal). Results from the best fitting regression models are presented. All statistical analyses were performed using the software package R (R Core Team, 2020).



Extrapolation of GHGs Fluxes

The relationship between soil temperature of 5 cm depth and observed CO2 and CH4 emissions was explorered at different timescales [annual, non-growing (Jan–Apr and Oct–Dec) or growing season (May–Sep) (NG&G seasonal)]. Then the regression equations were applied to extrapolate the CO2 and CH4 emission rates of study site from 1960 to 2017 and the uncertainties were investigated.

In addition, the regression equations from EC method at NG&G seasonal timescales was performed for each wetland grid cell in order to roughly evaluate the long-term total and spatial patterns of wetland CO2 and CH4 emissions on the whole QTP.




RESULTS


Soil Temperature During Measurements

The daily average soil temperature at a depth of 5 cm ranged from -3.35 to 20.13°C during the entire observation period (April 2017–April 2019) (Figure 2A). Soil temperature showed a clear seasonal variation, with higher temperatures recorded during the growing season (from June–September) than during the non-growing season in 2017 and 2018. Daily mean temperatures were often below zero in winter (December–February), when soil layers were frozen.
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FIGURE 2. Variations in soil temperature and CO2 and CH4 fluxes of the wetland site during the measurement period. Daily mean values of (A) soil temperature at 5 cm below ground from April 2017 to April 2019, (B) CO2 flux rates, and (C) CH4 flux rates. Solid blue and red lines indicate data obtained using the eddy covariance (EC) method from January to December 2017. The blue triangles and red squares indicate data collected using the chamber method from April 2017 to April 2019. Standard error is represented by vertical lines on triangles and squares.




Seasonal Dynamics of CO2 and CH4 Fluxes

The CO2 fluxes showed a typical seasonal pattern: high fluxes were measured during the plant growing season, and low fluxes during the non-growing season (Figure 2B). The EC method showed greater variability in CO2 fluxes than the chamber method. Measurements by the EC method oscillated between 7.38 and 395.74 mg C m–2 h–1. The CO2 fluxes from the chamber method oscillated between 7.21 ± 6.20 and 150.15 ± 18.73 mg C m–2 h–1. Peak CO2 fluxes were registered in August 2017 by both methods (EC:395.74 mg C m–2 h–1; chamber: 106.94 ± 9.29 mg C m–2 h–1). However, only the chamber method found another peak flux in July 2018 (150.15 ± 18.73 mg C m–2 h–1), as the EC method did not capture data after 2017. Peaks in CO2 fluxes usually coincided with peaks in soil temperature.

The seasonal dynamics of CH4 fluxes paralleled those of CO2 fluxes. The CH4 emission rate measured by the EC method oscillated between 0.01 and 9.00 mg C m–2 h–1, while the rate from the chamber method ranged from 0.08 ± 0.02 to 8.30 ± 0.46 mg C m–2 h–1 (Figure 2C). The EC method measured a higher CH4 emission rate than the chamber method from May to December 2017. The chamber method captured emission spikes in July 2017 and August 2018. Although CH4 emission rates exhibited similar dynamics as soil temperature, they slowed down in June 2017 (2.38 ± 0.25 mg C m–2 h–1) and August 2017 (2.30 ± 0.30 mg C m–2 h–1), despite increasing soil temperature. The winter season also slowed the rate of methane emissions.



Relationship of CO2 and CH4 Fluxes to Soil Temperature

According to regression analyses, CO2 fluxes increased exponentially with rising soil temperatures based on both EC and chamber measurements. Likewise, positive exponential correlations were found between CO2 fluxes and soil temperatures during growing season or non-growing season (Figures 3A,B). The CH4 fluxes correlated well with soil temperatures based on both methods. We also found positive relationships between CH4 fluxes and soil temperatures. The relationship between CH4 emission and soil temperature was exponential during the non-growing season but linear relationship was found during the growing season (Figures 3C,D).
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FIGURE 3. Relationships between GHGs emissions and soil temperatures for annual and growing or non-growing periods, based on linear and non-linear regression. Annual refers data throughout the entire year; Growing, data in the growing season (May-Sep); Non-growing, data in the non-growing season (Jan-Apr and Oct-Dec). Data were collected using thestatic chamber (A,C) or eddy covariance (EC) method (B,D).




Extrapolation of CO2 and CH4 Emission Rates of the Study Site

Based on the soil temperatures of study site and the regression equations, we extrapolated the CO2 and CH4 emission rates of the study site for the last 57 years (Figure 4). For static chamber method, extrapolated GHGs emission rates were higher for regression equations based on the NG&G seasonal scale than for equations based on the annual scale (Figures 4A,C). For the EC method, extrapolated GHGs emission rates are similar at both timescales (Figures 4B,D).
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FIGURE 4. Annual CO2 and CH4 emission rates of the study site from 1960 to 2017 were extrapolated based on regression models between soil temperature and CO2/CH4 emissions measured using the static chamber method (A,C) and using the eddy covariance method (B,D) at different timescales (Annual or NG&G seasonal).


Although extrapolated CO2 emission rate followed similar trends whether based on the static chamber method or the EC method, the two methods gave significantly different magnitudes for the emission rate. the CO2 emission rate in the static chamber method was far less than that measured by the EC method (Figures 4A,B). Extrapolated mean CO2 emission rate of study site from 1960 to 2017 was calculated to be 91.38 mg C m–2 h–1, with the ranges of the mean emission rate from 35.10 to 146.25 mg C m–2 h–1 on different measurement methods and timescales (Table 1). The differences of emission rates between the maximum and minimum values extrapolated for each year reflected uncertainties from the same measurement method at different timescales. Uncertainties in extrapolation of the CO2 emission rates ranged from 0.84 to 4.38 mg C m–2 h–1 based on static chamber data, and from 0.13 to 12.67 mg C m–2 h–1 based on EC data (Figures 5A,B).


TABLE 1. Extrapolated mean emission rate of CO2 and CH4 of study site for the period 1960–2017, based on models derived from data obtained using the chamber or EC method at different timescales*.
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FIGURE 5. Calculated differences between extrapolated annual greenhouse gas emission rate of study site from 1960 to 2017. CO2 and CH4 emission rates were extrapolated by models based on data derived from the static chamber method (A,C) or Eddy covariance method (B,D) at annual and NG&G seasonal timescales, respectively. The differences between the maximum and minimum extrapolated values of each year were plotted.


Extrapolated values for CH4 emission rate based on EC data were three times larger than extrapolated values based on chamber data (Figures 4C,D). Extrapolated mean CH4 emission rate of the study site was 2.75 mg C m–2 h–1 from 1960 to 2017, with the ranges of the mean emission rate from 1.41 to 3.85 mg C m–2 h–1 on different measurement methods and timescales (Table 1). Differences in annual average maxima and minima reflected uncertainties from static chamber method data ranging from 0.30 to 0.52 mg C m–2 h–1 (Figure 5C), while uncertainties in data extrapolated from the EC method ranged from 0 to 0.30 mg C m–2 h–1 (Figure 5D).



Regional Extrapolation of CO2 and CH4 Emissions From Wetlands on the QTP

Based on spatial soil temperature dataset of wetlands and the regression equations from EC method at NG&G seasonal timescales, total GHGs emissions of permanent wetland on the QTP were roughly extrapolated by performing the model for each wetlands grid cell. The CO2 and CH4 emissions of wetlands displayed pronounced increase on the whole QTP from 1960 to 2017 (Figures 6A,B). And the growth tendencies of CO2 and CH4 emissions showed no significant spatial heterogeneity on the QTP (Figures 6C,D). The northern part of the QTP showed the most obvious increase, while the marginal region displayed a downward trend. Moreover, we examined previously published results on CO2 and CH4 emissions from the QTP wetlands and compared them with average values extrapolated from 2010 to 2017 in the present study (Table 2). Calculated the regional CO2 emission (94.29 Tg C year–1) of wetlands on the QTP were higher than the ranges reported in the literature (40.65–58.34 Tg C year–1). And the CH4 emission (2.37 Tg C year–1) of wetlands on the QTP in this study fell within the range of previous studies (0.17–8.56 Tg C year–1) (Table 2).


TABLE 2. Estimated greenhouse gas emissions from the Qinghai-Tibetan Plateau wetlands in the literature.
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FIGURE 6. Regional greenhouse gas emissions of wetlands on the Qinghai-Tibetan Plateau from 1960 to 2017. Annual CO2 (A) and CH4 (B) emissions were extrapolated by growing and non-growing seasonal models from the Eddy covariance method. Spatial distribution of (C) CO2 and (D) CH4 emission trends of wetlands on the Qinghai-Tibetan Plateau from 1960 to 2017. Linear regression and the line of best fit were calculated for each grid cell, and the slope of each cell is shown.


The GWP was applied to determine the relative and total contributions of CO2 and CH4 to the greenhouse effect. CH4 values were converted to CO2-equivalents based on published calculations (Kandel et al., 2019). From 1960 to 2017, the CO2 emissions contributed the largest amount to carbon balance and dominated the atmospheric GHGs balance on the wetlands of the QTP. The CO2 contributed approximately four times more than CH4 to the GHGs balance on QTP wetlands (Figure 7A). The ratio of CH4 to CO2 emissions across all wetlands of the QTP has slightly declined in the past 57 years, despite significant increases in emissions of both gases (Figure 7B).


[image: image]

FIGURE 7. Interannual variation in global warming potential based on CO2 and CH4 emissions from the Qinghai-Tibetan Plateau wetlands for the period 1960–2017. (A) CH4 and CO2 expressed as CO2-C equivalents according to global warming potential (CH4:28 and CO2:1) (Kandel et al., 2019). (B) Ratio of extrapolated CH4–CO2 emissions over time.





DISCUSSION


Relationships Between GHGs Fluxes and Soil Temperatures in situ

The wetland ecosystem of QTP is an important natural emitter of GHGs. The CO2 and CH4 fluxes showed similar seasonal emission patterns, with the greatest emissions noted during the plant growing season (Chen et al., 2013b; Liu et al., 2017). In this study, the CO2 and CH4 emissions were positively related to soil temperature, as reported for other wetlands (Zhao et al., 2006; Marin-Muniz et al., 2015).

The effects of soil temperature on CO2 fluxes depend strongly on the availability of oxygen within the soil (Bonnett et al., 2013; Gao et al., 2013). Oxygen is an important factor that regulates organic matter decomposition in soil and the release of CO2 (Bonnett et al., 2013; Treat et al., 2014; Liu et al., 2017). During the non-growing season on the QTP wetlands, the soil temperature was below freezing, which may inhibit the transport of oxygen from the soil to the rhizosphere zone, resulting in low CO2 flux. Furthermore, soil temperature may also indirectly affect CO2 fluxes by influencing rates of substrate supply, transport, and chemical reactions, which ultimately affect the release of CO2 from wetland soil (Treat et al., 2014; Wei and Wang, 2016).

CH4 emissions depend on anaerobic (production) and aerobic (oxidation) processes (Liu et al., 2017; Wei and Wang, 2017). Wetlands provide good anaerobic environments, and higher temperatures can promote activity of microbes such as methanogens. Both factors significantly increase CH4 production in soil (Inglett et al., 2012). Furthermore, changes in soil temperature can also stimulate CH4 transport from soil into the atmosphere (Yvon-Durocher et al., 2011). This transport slows in winter when soil temperature drops and CH4 becomes trapped under a layer of ice, allowing only a small portion to be oxidized. As ice thaws during the following growing season, the stored CH4 gas is released into the atmosphere. This cycle may partly explain the large CH4 emission from the QTP wetlands during warm seasons. Thus, CH4 emission appears to depend strongly on seasonal changes in the local environment, especially the influence of soil temperature on gas exchange.



Uncertainties in Extrapolation of GHGs Emission Rates of Study Site

With wetland soil temperatures and regression equations, we extrapolated the CO2 and CH4 emission rates of the study site. At different time scales, the GHGs emission rates extrapolated using static chamber measured data had higher uncertain than using EC measured data. The GHGs emission rates extrapolated by EC method were consistent under both time scales (Figure 4).

Measurement methods might result in the difference of estimated emission rates. The carbon balance of wetlands located in high latitude regions is strongly related to microtopography (Sullivan et al., 2008; Li et al., 2017). Although the wetland’s topography and ecosystem appear to be flat and homogeneous, there is a significant amount of spatial heterogeneity at finer scales (a small chamber) or larger scales (the sample site). GHGs fluxes measured with the static chamber method cover only small patches of soil, which are usually not sufficient to make a full-scale understanding of the carbon exchanges of the heterogeneous ecosystems (Song et al., 2015). The EC method measured the carbon exchange between the atmosphere and ecosystems over a large area. Neglecting the effect of spatial heterogeneity might lead to the difference of GHGs emission rate that resulted in larger variance during extrapolation (Li et al., 2017). In addition, the static chamber method introduces so-called “chamber effects,” potentially including modifications of temperature and moisture within the chamber as well as changes in the gas diffusion gradient within the soil profile (Song et al., 2015). The EC method, for its part, is susceptible to intermittent turbulence exchanges, commonly occurring at night, which reduce data quality (Gu et al., 2005; Aubinet et al., 2012; Yu et al., 2017). These limitations may also lead to uncertainties in extrapolated data.

The uncertainties of extrapolated emission rate resulted from the differences of regression models at different timescales. There were linear or non-linear correlations between soil temperature and GHGs fluxes in wetlands in previous studies (Kato et al., 2005; Liu et al., 2013; Song et al., 2015; Yu et al., 2017). Soil temperature has proven to be one of the most important factors affecting GHGs emission, but hydrology, plants, and soil microorganism also have an impact (Bhullar et al., 2013; Marin-Muniz et al., 2015). Particularly in wetlands, GHGs emissions are affected by many complex ecological processes, such as soil carbon and nitrogen cycling and root respiration (Baldock et al., 2012; Liu et al., 2013). All these factors are subject to seasonal and temperature-related changes. For example, during the plant non-growing season, plants begin wilting and gradually lose their ability to transport gas via stomata, and the upper soil and water layers freeze. These seasonal changes alter soil temperature and, consequently, the emission of GHGs (Song et al., 2015). This difference may also reflect the influence of fluctuations in soil temperature and water level. The water level not only limits the oxygen concentration but also influences soil temperature by controlling thermal conductivity (Yu et al., 2017). During the plant growing season, abundant precipitation influences both soil thermal and hydrological conditions, including water table depth, soil temperature and thawing depth. Heat is carried to deeper layers of soil by infiltration, rather than by thermal conduction, due to the low thermal conductance of the wetland and the high efficiency of water infiltration. This heat increases the soil temperature, promoting the thawing of the bottom permafrost. Thus, the rising temperature due to climate change and rising water level due to increased precipitation likely stimulate GHGs emission from wetlands beyond what would occur due to increases in either soil temperature or water level alone (Song et al., 2015). This may explain why, in the present study, the different correlations between soil temperature and the GHGs emission rate were found in different timescales.



Uncertainties in Regional Extrapolation of GHGs Emissions of Wetlands on the QTP

For the whole QTP, we extrapolated regional GHGs emissions from permanent wetlands by the seasonal model calculated EC method. The regional CO2 emission was higher than the ranges reported in the literature, but the CH4 emission fell within the ranges of previous studies. The uncertainties of estimation may result from inaccuracies in the wetland area. Jin reported the earliest estimates of CH4 emissions ranging from 0.53 to 0.68 Tg C year–1, based on observations (Jin et al., 1999). Wei made a challenge estimation of CH4 emissions by integrating a biogeochemical model, which considered the wetland extents, and suggested that previous studies might have underestimated CH4 emissions, due to bias in wetland extents (Wei and Wang, 2016). Currently, the wetland area on the QTP ranges from 1.2 to 18.8 × 104 km2 (Jin et al., 1999; Niu et al., 2009, 2012; Zhang et al., 2020). A large discrepancy of wetland extent products largely affects estimations of GHGs emissions from natural wetland (Wei and Wang, 2016). Thus, improving the ability to obtain accurate data on the distribution and extent of wetlands should be a research priority in the future (Li et al., 2016). In addition, the spatial dataset of soil temperature was obtained by the spatial interpolation method, and its uncertainty might also lead to differences of estimated the total GHGs emissions from wetlands on the QTP. Therefore, the impact of these factors should be taken into account when estimating the GHGs emissions from the QTP wetlands, which will improve our understanding of the role of natural wetlands in the GHGs budget.



Spatial Distribution and GWP of GHGs Emissions of Wetlands on the QTP

Since the 1960s, the QTP has experienced universal and significant warming, heating up by 0.2–0.5°C per decade (Piao et al., 2010; Chen et al., 2013b). Projections of the Inter-governmental Panel on Climate Change showed that this warming trend will continue (IPCC, 2013). It is highly likely this will set up a positive feedback loop in the wetlands, in which warmer climate drives release of more GHGs, which in turn will raise the temperature (Song et al., 2015). Although the absolute amounts of CH4 emitted are small compared to the amounts of CO2, CH4 contributes 28 times more than CO2 to the atmospheric absorption of infrared radiation (Kandel et al., 2019). Previous studies have shown that CO2 fluxes may mitigate the impact of CH4 fluxes (Whiting and Chanton, 2001; Mitsch et al., 2013). The ratio of CH4 fluxes to CO2 fluxes may serve as an important index for an ecosystem’s GHGs exchange balance with the atmosphere (Whiting and Chanton, 2001; Malone et al., 2013). For the entire wetlands of the QTP, the CO2 emissions dominated the carbon balance in the wetland ecosystem and the GHGs balance in the atmosphere. We calculated a declining ratio of CH4 to CO2 for the period 1960–2017, indicating that CO2 has become the main contributor to total GHGs fluxes. Thus, without human interference, the GHGs exchange balance should remain relatively constant on the wetlands of the QTP in the future.




CONCLUSION

The alpine wetland ecosystem in the QTP is an important source of GHGs. GHGs emissions vary exponentially with soil temperature. The CO2 dominates the GHGs balance on QTP wetlands. Extrapolating GHGs fluxes from local to regional levels involves substantial uncertainties that depend on the measurement technique, timescale and wetlands extent. These parameters should be taken into consideration to ensure accurate estimation of GHGs fluxes in future research.
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A Corrigendum on
 Extrapolation and Uncertainty Evaluation of Carbon Dioxide and Methane Emissions in the Qinghai-Tibetan Plateau Wetlands Since the 1960s

by Zhang, J., Zhu, Q., Yuan, M., Liu, X., Chen, H., Peng, C., et al. (2020). Front. Earth Sci. 8:361. doi: 10.3389/feart.2020.00361



In the original article, we intended to show the annual mean GHG flux rate within Figures 4, 5, and Table 1. However, there was an oversight in dividing the number by 12 (months).

Below, you can find the corrected Figures 4, 5, and Table 1, as well as the corrections of the numbers cited at various points in the text. The updated section in the Abstract, Page 1, Lines 11–14, can be found below. In addition, the updated portion in the Results, section ‘Extrapolation of CO2 and CH4 Emission Rates of the Study Site’, Page 7, Lines 1–22, can also be found below.


[image: Figure 4]
FIGURE 4. Annual CO2 and CH4 emission rates of the study site from 1960 to 2017 were extrapolated based on regression models between soil temperature and CO2/CH4 emissions measured using the static chamber method (A,C) and using the eddy covariance method (B,D) at different timescales (Annual or NG&G seasonal).



[image: Figure 5]
FIGURE 5. Calculated differences between extrapolated annual greenhouse gas emission rate of study site from 1960 to 2017. CO2 and CH4 emission rates were extrapolated by models based on data derived from the static chamber method (A,C) or Eddy covariance method (B,D) at annual and NG&G seasonal timescales, respectively. The differences between the maximum and minimum extrapolated values of each year were plotted.



Table 1. Extrapolated mean emission rate of CO2 and CH4 of study site for the period 1960–2017, based on models derived from data obtained using the chamber or EC method at different timescales*.

[image: Table 1]

We apologize for these errors and state that this does not change the scientific conclusions of the article in any way. The original article has been updated.


ABSTRACT

Based on such relationship patterns and soil temperature data (1960–2017), we extrapolated the CO2 and CH4 emissions of study site for the past 57 years: the mean CO2 emission rate was 91.38 mg C m−2 h−1 on different measurement methods and timescales, with the range of the mean emission rate from 35.10 to 146.25 mg C m−2 h−1, while the mean CH4 emission rate was 2.75 mg C m−2 h−1, with the ranges of the mean emission rate from 1.41 to 3.85 mg C m−2 h−1.



RESULTS


Extrapolation of CO2 and CH4 Emission Rates of the Study Site

Extrapolated mean CO2 emission rate of study site from 1960 to 2017 was calculated to be 91.38 mg C m−2 h−1, with the ranges of the mean emission rate from 35.10 to 146.25 mg C m−2 h−1 on different measurement methods and timescales (Table 1). The differences of emission rates between the maximum and minimum values extrapolated for each year reflected uncertainties from the same measurement method at different timescales. Uncertainties in extrapolation of the CO2 emission rates ranged from 0.84 to 4.38 mg C m−2 h−1 based on static chamber data, and from 0.13 to 12.67 mg C m−2 h−1 based on EC data (Figures 5A,B).

Extrapolated values for CH4 emission rate based on EC data were three times larger than extrapolated values based on chamber data (Figures 4C,D). Extrapolated mean CH4 emission rate of the study site was 2.75 mg C m−2 h−1 from 1960 to 2017, with the ranges of the mean emission rate from 1.41 to 3.85 mg C m−2 h−1 on different measurement methods and timescales (Table 1). Differences in annual average maxima and minima reflected uncertainties from static chamber method data ranging from 0.30 to 0.52 mg C m−2 h−1 (Figure 5C), while uncertainties in data extrapolated from the EC method ranged from 0 to 0.30 mg C m−2 h−1 (Figure 5D).
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Warming-induced permafrost thaw could enhance microbial decomposition of previously stored soil organic matter (SOM) to carbon dioxide (CO2) and methane (CH4), one of the most significant potential feedbacks from terrestrial ecosystems to the atmosphere in a changing climate. The environmental parameters regulating microbe-organic matter interactions and greenhouse gas (GHG) emissions in northern permafrost peatlands are however still largely unknown. The objective of this work is to understand controls on SOM degradation and its impact on porewater GHG concentrations across the Stordalen Mire, a thawing peat plateau in Northern Sweden. Here, we applied high-resolution mass spectrometry to characterize SOM molecular composition in peat soil samples from the active layers of a Sphagnum-dominated bog and rich fen sites in the Mire. Microbe-organic matter interactions and porewater GHG concentrations across the thaw gradient were controlled by aboveground vegetation and soil pH. An increasingly high abundance of reduced organic compounds experiencing greater humification rates due to enhanced microbial activity were observed with increasing thaw, in parallel with higher CH4 and CO2 porewater concentrations. Bog SOM however contained more Sphagnum-derived phenolics, simple carbohydrates, and organic- acids. The low degradation of bog SOM by microbial communities, the enhanced SOM transformation by potentially abiotic mechanisms, and the accumulation of simple carbohydrates in the bog sites could be attributed in part to the low pH conditions of the system associated with Sphagnum mosses. We show that Gibbs free energy of C half reactions based on C oxidation state for OM can be used as a quantifiable measure for OM decomposability and quality to enhance current biogeochemical models to predict C decomposition rates. We found a direct association between OM chemical diversity and δ13C-CH4 in peat porewater; where higher substrate diversity was positively correlated with enriched δ13C-CH4 in fen sites. Oxidized sulfur-containing compounds, produced by Sphagnum, were further hypothesized to control GHG emissions by acting as electron acceptors for a sulfate-reducing electron transport chain, inhibiting methanogenesis in peat bogs. These results suggest that warming-induced permafrost thaw might increase organic matter lability, in subset of sites that become wetlands, and shift biogeochemical processes toward faster decomposition with an increasing proportion of carbon released as CH4.

Keywords: permafrost, peatlands, soil organic matter, fen, bog, mass spectrometry, sphagnum


INTRODUCTION

Permafrost peatlands, characterized by their cold and wet conditions that promote the accumulation of soil organic matter (SOM), contain an estimated 277 Pg of carbon (within the 3 m depth) (Schuur et al., 2008), which represents over one-third of the carbon stock in the atmosphere (ca. 800 Pg) (Schuur et al., 2008; McGuire et al., 2009). In the past 100 years, the mean annual Arctic temperatures have increased at almost twice the rate of the global average (IPCC, 2007; Solomon, 2007), leaving the fate of the previously frozen landscape uncertain. Due to these increasing temperatures coupled with seasonal thawing and freezing, permafrost thaw is changing the thickness of the soil active layer (Fenner et al., 2007), surface vegetation composition (Limpens et al., 2008), carbon accumulation rates in peat profiles (McGuire et al., 2009; Frolking et al., 2011), and microbial communities that govern degradation and transformation of organic C, with direct implications on greenhouse gas (GHG) emissions (de Graaff et al., 2010; Deng et al., 2014).

Absence of oxygen, created by water-logged conditions in thawing permafrost can promote anaerobic oxidation of organic matter (OM) (McLatchey and Reddy, 1998) by microbial communities via multiple anaerobic pathways (e.g., hydrolysis, fermentation, and methanogenesis) (Keller and Bridgham, 2007; Sutton-Grier et al., 2011; Wilson et al., 2017). However accurate prediction of GHG emissions from these systems due to changing environmental conditions is limited by our understanding of substrate quality, heterogeneity, and composition (Bölscher et al., 2017), microbial-organic matter interactions and biotic and abiotic OM degradation pathways (Mikutta et al., 2019). Recently, Zhou et al. (2020) found a positive correlation between the richness and diversity of the microbial communities and the concentration and bioavailability of the dissolved organic matter in pit, headstream, and river samples collected from the northern Qinghai-Tibetan Plateau, as well as physiochemical parameters such as pH and DOC and soluble ion concentrations. While some organisms are affected mainly by the concentration of specific substrates, it was found that the overall diversity of organisms may be affected by substrate quality and heterogeneity (Allison, 2005; Hättenschwiler and Jørgensen, 2010), and these effects in turn depend on the prevalence of resource generalists or resource specialists that shapes the microbial communities (Monard et al., 2016; Muscarella et al., 2019). Recently, (Woodcroft et al., 2018) investigated microbial community composition and function in the active layer of three sites across a thaw gradient at the Stordalen Mire (an intact palsa, a partially thawed bog and a fully thawed fen) and were able to link the Stordalen genome and functionality to the changing habitat. Metagenomics revealed distinct differences in diversity and overall composition of the microbial communities, with fen having the widest range of genes belonging to different phyla and thus higher microbial diversity. Metatranscriptomic data further confirmed the genomic trends, suggesting that in fen, wider range of microorganisms encode more diverse pathways in which organic substrates such as cellulose and xylan are rapidly degraded, providing substrates needed for methanogenesis and a more heterogenous organic matter composition. On the contrary, microbial communities in bog displayed less diverse functionalities in general with the lowest percentage of cellulase- and xylanase-encoding microorganisms. These results were consistent with previous studies at the same site where Hodgkins et al. (2014) and Hodgkins et al. (2016) showed that dissolved organic matter (DOM) becomes more labile with thaw in the Mire as the pH increases from bog to fen, with bog DOM being more recalcitrant, less diverse and contains more oxygen-rich compounds such as phenols and tannin-like compounds with higher oxidation state and overall lower decomposition rate due to the presence of sphagnan and other acidic inhibitors (Stalheim et al., 2009; Hájek et al., 2011). Conversely, fen DOM was more diverse and contained more low molecular weight compounds, more abundant nitrogen-containing compounds (interpreted as evidence of increased microbial activity), and less organic acids (Hodgkins et al., 2014, 2016). Moreover, differences in microbial community composition and function and OM quality were found to alter pathways by which CO2 and CH4 are produced. Studies by Svensson and Rosswall (1984), Galand et al. (2005), Lupascu et al. (2012), McCalley et al. (2014), and Singleton et al. (2018) suggested a shift from hydrogenotrophic to acetoclastic methanogenesis along the permafrost thaw gradient from bog to fen in the Stordalen Mire.

Although the ecological roles and properties of resource generalists and specialists in many discontinuous permafrost areas have been examined via extensive metagenomic and metatranscriptomics analysis (Liao et al., 2016; Sriswasdi et al., 2017; Singleton et al., 2018; Woodcroft et al., 2018), highly resolved molecular characterization of the OM is an essential foundation upon which we can understand ecosystem C cycling by both plants and microbes in peatlands for predicting future changes in CO2 and CH4 production potential (Qualls and Richardson, 2003). Moreover, current models for estimating permafrost soil carbon loss rates are lacking representations of key microbial processes that control OM transformations, leading to enormous uncertainty in model simulations (Burke et al., 2012; Koven et al., 2015; Chang et al., 2019). At most, such models only include a quantitative measure of OM concentration (Lucchese et al., 2010) but neglect the fact that the rate of OM degradation is dependent on the abundance and diversity of active microbes and OM quality and diversity. As such, factors accounting for OM transformation (biotically and abiotically) are poorly constrained in most models and are an important area for model improvement. To address this knowledge gap, we used gas chromatography (GC) and Fourier transform ion cyclotron resonance (FT-ICR) mass spectrometry (MS) to characterize SOM chemical composition in bog and fen soil samples collected from the Stordalen Mire. First, we hypothesized that SOM composition and heterogeneity can be used to capture shifts in the functional diversity of microbial communities with thaw gradient. Second, we hypothesized that NOSC and Gibbs free energy of C oxidation can be used to capture C decomposability and changes to the redox conditions of the surroundings (LaRowe and van Cappellen, 2011). Third, we hypothesized that sulfate reduction pathways by sulfate-reducing microorganisms (SRMs) are more active in the bog and are in competition with methanogens, rapidly changing the SOM composition, stimulating CO2 and suppressing CH4 emission potentials. Understanding OM energetics and metabolic transformation pathways along the thaw gradient can provide insights on resource heterogeneity and microbial diversity which can then be used to indirectly incorporate microbial processes in different biogeochemistry models and to predict how this ecosystem-level shift will alter GHG emission under a continually changing climate.



MATERIALS AND METHODS


Site Information and Soil Sampling and Preparation

Stordalen Mire (68.35°N, 19.05°E) is a peat plateau in subarctic Sweden underlain by discontinuous permafrost, which is thawing as the region warms. The Mire has three dominant vegetation community types (Johansson et al., 2006): (1) Palsa (intact permafrost) with woody herbaceous vegetation; (2) Ombrotrophic peatland or bog (intermediate thaw) features with Sphagnum spp., sedges, and shrubs as the dominant vegetations; and (3) Minerotrophic peatland or fen (fully thawed) dominated by sedges, mainly Eriophorum spp. (Bäckstrand et al., 2010). Generally, bogs are fed only by precipitation, have acidic (pH ~ 4) surface waters and Sphagnum-dominated vegetation. These Sphagnum mosses, are known to inhibit alternate plant growth by acidifying water and creating an environment that is harsh to other plant species (van Breemen, 1995). Fens, on the other hand, are characterized by more mineral-rich water because they are fed by surface water and groundwater, in addition to rainfall. They are usually dominated by grasses and sedges and maintain slightly acidic to alkaline pH. Due to continued warming in the Arctic, the areal extent of intact palsa (Malmer et al., 2005) and Sphagnum community (Norby et al., 2019) across the Stordalen Mire has declined significantly since 1970 (Malmer et al., 2005) while at the same time, wetter fen habitats have expanded (Kokfelt et al., 2009; Bäckstrand et al., 2010). The ground's thaw state and consequent relationship to the water table determine the plant community, which in turn determines organic matter composition. In areas where the permafrost is degraded, land subsidence leads to varying degrees of water inundation. In this study, we focused on these inundated sites, and specifically a fen and a bog site with an extensive set of historical gas flux, microbial, and geochemical measurements (previously described by Hodgkins et al., 2014, 2016; McCalley et al., 2014; Woodcroft et al., 2018). In June 2012, peat was collected from both sites with an 11-cm-diameter homemade circular push corer. Both sites were cored in triplicate to capture spatial heterogeneity. Cores were divided into three sections, and the sections were placed into plastic bags and stored frozen until analysis. Eighteen soil samples were collected in total, including nine samples (3 cores × 3 depths per core) collected from a Sphagnum-derived ombrotrophic bog and nine samples collected from a sedge-dominated fen (Table 1). Porewater for dissolved organic carbon (DOC) analysis was gathered from the same depths by syringe suction through a 1-m long, 0.5-cm-diameter stainless steel tube with holes drilled along the bottom 3 cm, then filtered through 0.7-μm Whatman GF/F glass microfiber filters into 120-mL brown borosilicate bottles. The pH was measured on-site with an Oakton Waterproof pHTestr 10. The bottles were frozen within 8 hours of collection and stored frozen until analysis. DOC concentrations were measured by high-temperature catalytic oxidation on a Shimadzu Total Organic Carbon analyzer with a non-dispersive infrared detector. Each sample was analyzed in triplicate measurements, which constantly had a coefficient of variance of <2%. The concentration was reported as millimolar (mM). Sulfate and nitrate concentrations were measured by ion chromatography on a Dionex ICS-1100 with a 4-mm IonPac AS22 column, with a 4.5 mM carbonate/1.4 mM bicarbonate eluent at a flow rate of 1.2 mL/min. The concentration was reported as micromolar (μM). In this study, we will focus on the overall SOM molecular composition differences observed in the bog vs. the fen and not the depth effect.


Table 1. Characteristics of the samples gathered for this study.
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Porewater Gas Measurements

Porewater samples for dissolved gas analysis were collected similarly to the DOC samples, with porewater drawn up by syringe suction through perforated stainless-steel tubes that were inserted into the peat at the desired depth. Porewater was immediately filtered in the field using 2.7-μm Whatman GF/D glass-fiber filters, then stored in pre-evacuated glass vials sealed with butyl stoppers. Samples were then processed according to the method described by (Hodgkins et al., 2015). Phosphoric acid (1 mL of 20%) was added to each sample, to convert all dissolved inorganic carbon to CO2 (thus removing differences in [image: image]/CO2 ratios due to differing pH) and to preserve for shipment to Florida State University. Helium was then added to the sample headspaces to bring them to a constant pressure of 1 atm. Samples were analyzed for CH4 and CO2 concentrations and stable isotopic composition (δ13C) on a Thermo Finnigan Delta-V Isotope Ratio Mass Spectrometer. As described in (Corbett et al., 2013, 2015) and (Hodgkins et al., 2014), headspace gas concentrations were then converted to dissolved concentrations (mM) in the original unacidified porewater based on previously-determined gas extraction efficiencies (defined as the proportion of formerly-dissolved gas in the headspace after acidification and equilibration between the water and headspace) (Supplementary Table 1). Each sample was analyzed twice and the average results for each sample were recorded. Analytical precision of replicate δ13C measurements was 0.2%0.



Gas Chromatography—Mass Spectrometry (GC-MS)
 
Organic Matter Extraction

Water was used to extract the labile fraction of SOM from the collected peat (n = 18, 9 fen and 9 bog samples) according to the protocol described by Tfaily et al. (2015) and Tfaily et al. (2017). Briefly, extracts were prepared by adding 1 mL of H2O to air dried and ground 100 mg bulk soil and shaking in 2 mL capped glass vials for 2 h on an Eppendorf Thermomixer. Samples were then removed from the shaker and left to stand before spinning down and pulling off the supernatant to stop the extraction. All samples were stored at −80°C until analysis. Water extractable organic matter (WEOM; Corvasce et al., 2006) is described as a bioavailable fraction of organic matter that contains mostly polar compounds. Changes in the molecular weight and elemental composition of the WEOM fraction can provide important information regarding ecologically relevant processes in soil.

Around 0.5 ml of water extracted organic matter from nine bog samples and only three fen samples (due to sample limitations) were first freeze dried using a Labconco™ FreeZone Freeze Dryer and then derivatized as described previously (Kim et al., 2015). Briefly, 20 μl of 30 mg/ml methoxyamine hydrochloride in pyridine (Sigma-Aldrich, Saint Louis, MO) was added to each freeze-dried sample for the protection of carbonyl groups. Samples were vortexed for 20s, sonicated for 60s, and were incubated at 37°C for 90 min with generous shaking (1,000 rpm). After the incubation, 80 μL of N-methyl-N-(trimethylsilyl) trifluoroacetamide (MSTFA) (Sigma-Aldrich) with 1% trimethylchlorosilane (TMCS) (Sigma-Aldrich) was added to each sample. The samples were vortexed for 20s, sonicated for 60s, and incubated for 30 min at 37°C with shaking (1000 rpm). After derivatization, the samples were allowed to cool to room temperature.



GC-MS Analysis

Samples were transferred to autosampler vials and analyzed by GC-MS in random order. Blanks and fatty acid methyl ester (FAME) samples (C8-28) were also included in the analysis for the background referencing and retention time calibration, respectively. Metabolites were separated using a HP-5MS column (30 m × 0.25 mm × 0.25 μm; Agilent Technologies, Santa Clara, CA) and analyzed in an Agilent GC 7890A coupled with a single quadrupole MSD 5975C (Agilent Technologies, Santa Clara, CA). For each analysis, 1 μl of sample was injected in splitless mode. The injection port temperature was kept constant at 250°C for the duration of the analysis. The GC analysis started with an initial oven temperature fixed at 60°C for 1 min after injection, and then at a steady rate of 10°C/min, the temperature was increased to 325°C with the analyses finishing with a 5 min hold at 325°C. The GC-MS raw data files were processed with MetaboliteDetector as previously reported by Hiller et al. (2009). Briefly, retention indices (RI) of the detected polar metabolites were calibrated based on the mixture of FAME internal standards, followed by deconvolution, and subsequent chromatographic alignment of the detected features across all analyses. Identification of the metabolites was carried out by first matching GC-MS spectra and retention indices against a Pacific Northwest National laboratory (PNNL) augmented version (>900 metabolites) of FiehnLib (PMID: 19928838) library containing validated retention indices and spectral information (Kind et al., 2009). Subsequently, unidentified metabolites were screened against the NIST14 GC-MS library by spectral matching alone. To eliminate false identification and reduce the deconvolution errors created during the automated data-processing, all metabolite identifications were individually validated.

Row-wise normalization (by sum) was then performed on the metabolite data using MetaboAnalyst 4.0 to allow for general-purpose adjustment for differences among samples. Data transformation [Generalized log transformation (log2)] and data scaling [Auto scaling (mean-centered and divided by standard deviation of each variable)] were further performed to make features more comparable using the same platform.





FOURIER-TRANSFORM ION CYCLOTRON RESONANCE MASS SPECTROMETRY (FT-ICR-MS)


Direct Inject FT-ICR-MS Analysis

A 12 Tesla Bruker FT-ICR mass spectrometer located at PNNL was used to collect high resolution mass spectra of the WEOM. A Suwannee River Fulvic Acid standard (SRFA), obtained from the International Humic Substance Society (IHCC), was used as a control to monitor potential carry over from one sample to another and ensure instrument stability in day to day operation. The instrument was flushed between samples using a mixture of Milli-Q water and HPLC grade methanol. The ion accumulation time (IAT) was varied between 0.03 and 0.05 s to account for variations in C concentrations in different samples. For each sample, 144 individual scans were averaged, and an organic matter homologous series separated by 14 Da was used as an internal calibration. The mass measurement accuracy across 100–1,200 m/z range was <1 ppm (accounted for singly charged ions) and the mass resolution at 341 m/z was ~240 K and the transient was 0.8 s. BrukerDaltonik version 4.2 data analysis software was used to convert raw spectra (obtained from each sample) to a list of m/z values applying FT-MS peak picker module with a signal-to-noise ratio (S/N) threshold of 7 and absolute intensity threshold of 100. Formularity (Tolić et al., 2017) software was used to assign chemical formulae based on the criteria described in Tfaily et al. (2018).



Chemical Compounds Classification and Data Processing

The molecular formulae in each sample were evaluated on van Krevelen diagrams (Van Krevelen, 1950), based on their H:C ratios (y-axis) and O:C ratios (x-axis) (Kim et al., 2003), assigning them to the major biochemical classes (e.g., lipid, protein, lignin, carbohydrate etc.). The H:C and O:C ranges for biochemical classification are provided in Table 2.


Table 2. O/C and H/C ranges used to classify the compounds detected via FT-ICR-MS in this study (Adopted from Tfaily et al., 2015, 2017).
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Oxidation state is related to the bioenergetic potential of a specific compound based on its atomic makeup. Oxidation state indicates how a compound may be transformed in biochemical processes without necessarily knowing its structure (LaRowe and van Cappellen, 2011). For each individual compound, the average nominal oxidation state of carbon (NOSC), which represents the number of electrons transferred in C oxidation half reactions, was calculated based on Equation 1 (where C, H, N, O, P, and S represent the numbers of each element, and number coefficients represent typical oxidation states). More negative values for NOSC indicates the presence of more reduced carbon atoms.
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ΔG°C-ox (kJ/mol C) indicates the thermodynamic favorability of the compound, with lower values of ΔG°C-ox for a compound indicating greater likelihood of degradation (LaRowe and van Cappellen, 2011). ΔG°C-ox was estimated from NOSC following Equation (2):
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Positive values for ΔG°C-ox indicate that the oxidation of the C must be coupled to the reduction of a terminal electron acceptor, which in the TEA-depleted mire can include the soil organic matter itself (Keller and Takagi, 2013; Wilson et al., 2017). Organic matter degradation may become thermodynamically limited depending on the availability of terminal electron acceptors (Boye et al., 2017). Under oxic conditions the availability of high energy yielding O2 as a terminal electron acceptor couples the decomposition of organic matter of all naturally occurring NOSC values (Keiluweit et al., 2016). However, under the inundated conditions of subsurface peat deposits, oxygen and other terminal electron acceptors become depleted thereby slowing or completely inhibiting the decomposition of organic matter with low NOSC values (Boye et al., 2017). In peat, oxygen is rapidly depleted to below detection limits (20 ppb) within 2–3 cm below the water surface (Lin et al., 2014). At Stordalen Mire, the average annual water table is typically near the peat surface in the fen (Hodgkins et al., 2014) and was 3.5–7 cm above the peat surface during our sampling. Thus, even the shallow fen peat is consistently under anoxic conditions and subject to depleted TEA availability. In the bog, the mean annual water table depth is around 17 cm (Hodgkins et al., 2014), but was only 2 cm below the peat surface during sampling for this project. Thus, the bog peat is subjected to fluctuating water (and subsequently oxygen) levels throughout the growing season. This could have the effect of enhancing decomposition rates during dry periods and re-oxidizing previously reduced TEAs to support decomposition following subsequent inundation. Relative energy yields associated with the terminal electron acceptors in anoxic conditions also provide insight on the sequences in which organic matter gets decomposed (Grandy and Neff, 2008). Lower ΔG°C-ox is an indication of compounds more thermodynamically favored to undergo metabolic and chemical reactions (Wilson and Tfaily, 2018) (i.e., available for microbial communities), whereas higher ΔG°C-ox reflects microbially degraded and transformed (i.e., recalcitrant) OM.

For each elemental formula, double-bond equivalent (DBE) minus oxygen (DBE-O) was calculated using Equation (3):
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While NOSC and ΔG°C-ox provide information on overall quality of the OM, DBE-O provides more structural information, mostly of carbon-to-carbon double bonds (i.e., lack of hydrogen saturation) without considering the oxygen atoms that mostly exist as carboxyl groups in OM (Bae et al., 2011). Using this formulation, more oxygenated molecules have lower (negative) values for DBE-O while higher values for DBE-O indicate highly unsaturated compounds such as condensed aromatic structures (Herzsprung et al., 2014).



Identification of Metabolic Transformations in Bog and Fen Samples Using Network Analysis

The rich database generated by high resolution mass spectrometry provides accurate mass information, enabling us to infer metabolite composition in complex matrices. We used network analysis to explore metabolic transformations in the bog and fen samples to further understand how two compounds are related to one another and how they might be involved in the same metabolic transformation (via a mass difference between two m/z values demonstrated as an edge in the network, and the initial and final compounds as nodes). Here, we used molecular transformation analysis to identify potential microbial transformation or decomposition pathways using FT-ICR-MS data. For a reaction to be considered and hence counted by this method, both the reactant and the product should be present, hence this approach can provide some information about SOM decomposition, uptake and accumulation (Burgess et al., 2017). We used Cytoscape (Shannon et al., 2003; Kohl et al., 2011) with the MetaNetter plug-in to generate molecular interaction networks. For each sample, the list of m/z values generated by the FT-ICR-MS analysis along with a list of 86 pre-defined m/z values and their subsequent molecular formula and IUPAC names [adopted from (Breitling et al., 2006) (Supplementary Table 2)] were imported into Cytoscape. The molecular interaction networks are consisting of nodes (m/z values) and edges (mass difference between two m/z values). Each m/z value inferred from the FT-ICR-MS analysis was defined as a node (described previously in Longnecker and Kujawinski, 2016) connected to other node (s) through the pre-defined m/z values defined as edges, representing a metabolic transformation. For example, gain or loss of CH2 (Δm = 14.01565007) between two compounds in the molecular interaction networks is depicted by two nodes and an edge. Nodes represent the two compounds with mass difference of 14.01565007 Da and edge is the mass difference (named CH2).

In total, 86 metabolic transformations were grouped into four different categories: amino acid-associated transformation (loss/gain of an amino acid and/or involvement of nucleoside or nucleotide), sugar -associated transformation (loss/gain of monomeric or polymeric carbohydrates), carbon transformation (reactions that can occur both biotically or abiotically depending on the environmental conditions), and other transformation that includes heteroatoms (such as loss/gain of a phosphate or an amine group). For this study, we have only focused on the first three categories since similar trends for the bog and fen samples (regardless of depth) were observed in the ‘other transformation’ category. The output of the Cytoscape is a list with the number of times (count) each transformation occurred between any two peaks in a particular sample as shown in Supplementary Figure S5. Normalized values (to the total number of transformations observed in each sample) and subsequently, normalized percentages are then calculated and used for comparison between samples and across sites.

Furthermore, a comprehensive set of topological parameters calculated from these undirected network plots (Assenov et al., 2008) based on transformation data generated by the Cytoscape with the MetaNetter plug-in was used to compare SOM metabolic transformation pathways between the bog and fen samples. For this study, two different parameters were chosen: clustering coefficient and average number of neighbors, all of which can be used to represent the level of population of the transformation network (Barabási and Albert, 1999; Ravasz et al., 2002). The clustering coefficient, Cn, in undirected networks is a ratio of the number of edges (N) between the neighbors of a node n, and the maximum number of edges (M) between the neighbors of n (Barabási and Oltvai, 2004). Cn is calculated as Cn = 2en/(kn(kn-1)), where kn is the number (size) of neighbors of n and en is the number of connected pairs between all neighbors of n (Watts and Strogatz, 1998). The clustering coefficient of a node is always between 0 and 1(Barabási and Oltvai, 2004). A high clustering coefficient indicates a high number of neighbors for each node and hence represents low selectivity and high diversity since a compound could be produced by multiple reactions. The average number of neighbors therefore is an average of kn of all nodes in the undirected network (Dong and Horvath, 2007). High number of neighbors indicates low degradation and high selectivity. Values for clustering coefficient and average number of neighbors for each sample are provided in Supplementary Table 3. Moreover, the network analysis parameters (clustering coefficient and average number of neighbors) were used to correlate the overall number and/or density of the metabolic reactions happening in each sample to measured biogeochemical properties in pore water such as pH, δ13C and DOC.



Statistical Analyses and Data Visualization
 
GC-MS Data

Univariate (Pearson correlation coefficient, t-test significance), multivariate (principal component analysis, PCA) and clustering analysis (heatmap, t-test significance) were performed on normalized values to visualize differences between treatments and among samples using MetaboAnalyst 4.0 and plotted using JMP 14.2.0 and R (R Core Team, 2019) package ggplot2 version 3.3.1 (Wickham, 2016).



Porewater Gas, FT-ICR-MS, and Network Analysis Data

Analysis of variance (ANOVA), unpaired t-test, and multivariate (principal component analysis, PCA) analysis were performed using the computing environment R (R Core Team, 2019). Figures were produced using the package ggplot2 version 3.3.1 (Wickham, 2016). Additional software packages (ggpubr, factoextra, ggnewscale, ggrepel, scales, hrbrthemes, and RColorBrewer) were taken from the Bioconductor project (Gentleman et al., 2004).





RESULTS


Changes in SOM Molecular Composition Associated With Permafrost Thaw

Principal component analysis of the relative abundance of different SOM compound classes (as inferred by FT-ICR-MS), biogeochemical properties of peat porewater (TN concentration, DOC, sulfate, nitrate, and ammonia concentration and pH) and peat porewater CO2 and CH4 concentrations revealed clear separation between the bog and fen sites along PC1 (which explained 41% of the variance), with higher PC1 scores in rich fens (Figure 1). SOM in the Sphagnum-dominated bog sites had a higher relative abundance of tannins, lignins, unsaturated, and condensed hydrocarbons (UnSatHC and CondHC, respectively), and lipids compared to the fen sites. In contrast, fen samples were separated from bog samples along PC1 which correlated positively with the abundance of peptide-, carbohydrates (cellulose-)-, and aminosugar-like (AS) compounds. PC2 explained a small proportion of the variance (16%). Higher concentrations (measured in mM) of TN and DOC were observed in the bog porewaters compared to the fen porewater. In contrast, sulfate, nitrate and ammonia concentrations were higher in fen porewater and correlated positively with peat porewater pH. Porewater CO2 and CH4 concentrations were higher in the fen sites. Although some depth trends were observed, these trends were generally weak, as they were not consistently observed over the entire depth range and none of the principal components showed significant correlations with depth (Supplementary Figure 1).
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FIGURE 1. Principal components analysis on elemental composition classes from FT-ICR-MS data (black arrows)and biogeochemical properties including the concentrations of total nitrogen(TN), dissolved organic carbon (DOC), sulfate, nitrate, ammonia, and pH (measured in porewater, indicated by blue arrows) and CO2 and CH4 (values for each sample is described in Supplementary Table 1). Fen samples are clearly separated from bog along PC2 (which positively correlates with peptides, CO2, CH4, sulfate, pH, and nitrate) and bog samples show positive and high correlations with carbohydrates, tannins and condensed hydrocarbon and DOC.


To better visualize the differences in the bog and fen SOM molecular composition, unique peaks present in each group (bog vs. fen, regardless of the depth) were reported separately on van Krevelen diagrams (Figures 2A,B). SOM in bog samples (Figure 2A) appeared to be more rich in lignin-like (0.29 < O/C < 0.65 and 0.7 < H/C < 1.5), tannin-like (0.65 < O/C < 1 and 0.8 < H/C < 1.5), and lipid-like (0 < O/C < 0.3 and 1.5 < H/C < 2.5) compounds and fen SOM (Figure 2B) was more rich in peptide-like (0.3 < O/C < 0.6 and 1.5 < H/C < 2.3) compounds and amino sugars (0.5 < O/C < 0.7 and 0.8 < H/C < 2.5). Out of 6,906 peaks detected in the bog samples in total, 24% were unique to bog, while only 8% of the peaks (out of 5,973 in total) detected in the fen were unique to fen, suggesting a higher number of unique compounds in bog (potentially not yet degraded) compared to fen samples (Venn diagram in panel B).
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FIGURE 2. Van Krevelen diagram generated from FT-ICR-MS data comparing the compositional differences in the bog (A) and fen (B) samples (regardless of depth). Oxygen to carbon (O/C) and hydrogen to carbon (H/C) ratios were calculated for unique peaks in bog (green) and fen (blue) sites. Ven diagram (B) indicates that 24% of the peaks (out of 6,906 peaks in total) detected in bog samples are unique to bog and 8% of the peaks (out of 5,973 peaks in total) detected in fen are unique to fen.




Shifts in Thermodynamics of Carbon Oxidation With Permafrost Thaw

Figure 3A shows ΔG°C-ox calculated for 6906 assigned molecular formula in nine bog samples and 5973 assigned molecular formulas in nine fen samples. Lower ΔG°C-ox and high NOSC represent thermodynamically more labile organic compounds and vise-versa. For each sample, ΔG°C-ox values (Figure 3A; Table 3) and NOSC values (Table 3) were averaged across all formulas and unpaired t-test was performed on the averaged values obtained from nine bog samples and nine fen samples. Average ΔG°C-ox values in bog samples were lower than fen samples (Figure 3A; Table 3) and subsequently, average NOSC values were higher in bog samples compared to fen samples (Table 3). Interestingly, different ΔG°C-ox values were obtained for bog and fen samples within the same class of chemical compounds (Figure 3B). While amino sugars were more abundant in the fen sites compared to bog sites, they were characterized with higher average ΔG°C-ox compared to those in the bog sites. On the other hand, while bog sites had an abundance of lignin-like and tannin-like compounds compared to fen, however, they were of lower average ΔG°C-ox compared to those in the fen sites (more oxidized). The lower overall NOSC values of the bog SOM relative to the fen SOM could reflect the influence of oxygen at the bog site. As noted in section Chemical Compounds Classification and Data Processing, the fen is more consistently inundated (hence anoxic), while the bog habitat experiences alternating periods of oxic and anoxic conditions. These periods of exposure to oxygenation and the potential re-oxidation of organic and inorganic TEAs may facilitate decomposition at the bog site resulting in SOM with an overall lower NOSC value relative to the fen. However, the overall lower NOSC in the bog site may also reflect different starting substrates.
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FIGURE 3. (A) Average ΔG°C-ox (Gibbs free energy of C half reactions based on C oxidation; kJ/mol C) values based on FT-ICR-MS data calculated for the bog (green) and fen (blue) samples (regardless of depth). Low ΔG°C-ox represents thermodynamically favorable organic compounds for microbial degradation. Unpaired t-test was performed on the calculated values to determine the significant differences and P-values were reported. Additionally, (B) ΔG°C-ox values were graphed based on compound classifications for bog and fen samples. Statistical significances were determined by unpaired t-test. The “ns” symbol indicates P > 0.05. All P < 0.05, 0.001, and 0.0001 are summarized with one, three and four asterisks, respectively, indicating ΔG°C-ox values for those classes were significantly different between the bog and fen samples.



Table 3. Ratios of O/C, H/C, N/C.
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Sulfur and Nitrogen Dynamics With Permafrost Thaw

To further investigate the sulfur and nitrogen dynamics in the Mire, composition of S-containing SOM (regardless of depth) was compared in the bog (A) and fen (B) samples and unique peaks were reported on a van Krevelen diagram (Figures 4A,B). Sulfur containing compounds in bog fell in the lipid-like (0 < O/C < 0.3 and 1.5 < H/C < 2.5), peptide-like (0.3 < O/C < 0.6 and 1.5 < H/C < 2.3), and amino sugar-like (0.5 < O/C < 0.7 and 0.8 < H/C < 2.5) regions of the van Krevelen diagram. In contrast, S-containing compounds in fen fell in the condensed hydrocarbon-like (0 < O/C < 0.4 and 0.2 < H/C < 0.8) and lignin-like (0.29 < O/C < 0.65 and 0.7 < H/C < 1.5) regions of the van Krevelen diagram. Overall, a higher abundance of unique S-containing organic compounds was observed in the bog compared to the fen system (~ 2.6 to ~1.3% unique S containing compounds, respectively, depicted on Venn diagram in panel A) coincident with lower sulfate concentrations in bog porewater (Table 1). Furthermore, molecular weights and nitrogen to carbon ratios (N/C) for unique compounds were calculated, and both were overlaid on the van Krevelen diagram (Figures 4C,D). Higher abundance of N-containing compounds (~5% −345 unique compounds out of 6,906 peaks in total) with molecular weight >400 m/z (>400 Da) was observed in bog compared to fen samples. Conversely, fen SOM appeared to have a lower abundance of N-containing compounds (1% −70 unique compounds out of 5,973 peaks in total) and the N-containing compounds in the fen tended to be of lower mass (Supplementary Figure 2).


[image: Figure 4]
FIGURE 4. Van Krevelen diagram generated from FT-ICR-MS unique peaks comparing the compositional differences in the bog (A) and fen (B) samples for sulfur containing compounds (regardless of depth). Venn diagram (A) indicates that 177 peaks (out of 6,906 peaks in total) detected in bog samples were unique to bog and 79 peaks of the peaks (out of 5,973 peaks in total) detected in fen were unique to fen. (C,D) graphs were generated from graphs (A,B) where mass of the unique peaks and nitrogen to carbon (N/C) ratios from unique peaks were overlaid on the van Krevelen diagram separately for the bog and fen. Steel blue to yellow color gradient indicates the mass of the compounds and the size of the points indicates the N/C ratios.


DBE-O was calculated for all unique fen and bog S- and N-containing compounds to better characterize the OM in the bog and fen samples (Supplementary Figure 3). Interestingly, for S-containing compounds, average DBE-O value for bogs and fens were significantly different (p < 0.01). Average bog DBE-O was 1.36 (±7.03) compared to the fen DBE-O of 4.18 (±8.05), suggesting that S-containing compounds in bog are more oxygenated with potentially higher number of carboxyl groups and fewer C=C double bonds. Average DBE-O values calculated for N-containing compounds were not significantly different between the bog and fen samples.



Shifts in Primary Metabolite Metabolism

We used multiple statistical tests to look at changes in SOM primary (central) metabolite composition between bog and fen samples (Figure 5; Table 4) where we observed statistically significant differences in bog and fen primary metabolite abundance. Principal component analysis (Figure 5A) revealed distinct differences in metabolite abundance (explained by PC1, 47.1%) between bog and fen samples. Effect of depth was also explained by PC2 (19.9%). Correlation coefficients of 25 primary metabolite abundances between bog and fen samples (regardless of depth) using Pearson r distance measure were determined at p < 0.05 (Figure 5B). Sugar acids such as D-galacturonic acid and simple sugars such as D-glucose, melibiose, sucrose, fructose, and D-mannose were significantly upregulated (more abundant) in bog samples (regardless of depth) whereas upregulated metabolites in fen samples were mainly classified as acids such as Erythronic acid, glycolic acid, pyruvic acid and amino acids such as glutamine and isoleucine. Another way to view this data is through the use of heatmaps. A heatmap of the same 25 identified metabolites (t-test significance) showed a similar separation (unpregulated sugar acids and simple sugars in bog and organic acid and amino acids in fen) between metabolites identified in different bog and fen samples (Figure 5D). Figure 5C features the top four upregulated metabolites in bog and fen samples created via fold change (FC) analysis and t-test on absolute value changes between metabolites identified in bog and fen samples.


[image: Figure 5]
FIGURE 5. (A) Principal component analysis (PCA) plot derived from GC-MS primary metabolite abundance variation between the bog (green) and fen (blue) groups. (B) Correlation analysis performed against Fen-Bog showing the 25 most significant features correlated with the pattern with p < 0.05. Distance measure used: Pearson r. (C) Box plots visualizing distribution of a subset of metabolites that are significantly changing (pairwise t-test, p < 0.05) between the two treatments. All P values less than 0.01, 0.001, and 0.0001 are summarized with two, three and four asterisks, respectively. (D) Heatmap of the significant metabolites (pairwise t-test) upregulated (orange) and downregulated (blue) between the bog and fen groups at different time points.



Table 4. Metabolites that display both large magnitude fold-changes (fold change threshold >2 and p < 0.05); comparison type” Bog/Fen) and high statistical significance (P-value threshold = 0.05).
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Table 5. Concentrations of porewater CO2 and CH4 (reported in mM) and CO2/CH4 ratio measured in site for bog and fen (averaged).
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Shifts in C Transformations With Thaw

Consistent with changes in SOM and primary metabolite composition, transformation analysis indicated that the biochemical processes associated with the SOM degradation were significantly different between the bog and fen sites (Figure 6A). We observed higher abundances of sugar-associated transformations for the bog sites compared to the fen sites, which generally correlated with carbon transformations (Figure 6A). These data are consistent with Figures 2, 4B where bog sites had a lower abundance of carbohydrate molecules with mass >400 Da but a higher abundance of mono and disaccharides, reflective of decomposition of complex carbohydrates into mono, and disaccharides. However, based on their higher relative abundance in the porewater (Figure 5), these sugars are likely being slowly utilized by microbial communities and/or undergoing slow decomposition. In contrast, fen samples had a higher abundance of complex carbohydrate molecules, but lower abundance of simple, mono, and disaccharides. Despite the higher abundance of complex carbohydrate compounds in the fen site and the higher abundance of sugar - associated transformations in the bog compared to the fen, principal component analysis on specific sugar -associated metabolic transformations on all elemental formulas detected in the bog and fen samples (Figure 6B) indicated similar sugar transformations, suggesting that microbes at both sites have the capability of degrading simple and complex sugar molecules. These data suggest that simple sugars are being utilized at a higher rate in the fen sites compared to the bog sites. The slow decomposition at the bog sites and/or slow uptake of glucose by microbial communities for fermentation or anaerobic cellular respiration suggest additional controls (e.g., thermodynamic, abiotic processes) on SOM decomposition in the bog sites. The high amino acid-associated transformations in the fen samples (Figure 6A) is consistent with a higher abundance of amino acid compounds at the fen sites, reflective of protein degradation and /or release of amino acids by fen vegetation through roots.


[image: Figure 6]
FIGURE 6. Principal component analysis of (A) overall metabolic transformations and network analysis parameters and (B) specific sugar-associated metabolic transformation for all formulas detected in the bog and fen samples. Fen samples are separated by higher correlation to clustering coefficient whereas bog samples are highly correlated to average number of neighbors. Higher correlation between bog samples and sugar-associated transformation indicates preservation of these compounds in the bog. However, (B) indicates similar specific sugar-associated metabolic transformation in both the bog and fen samples.




CO2 and CH4 Emissions Associated With SOM Chemical Composition

Figure 7 and Supplementary Figure 4 show the correlation between network analysis parameters to pH, DOC (mM), and δ13C -CH4 of bog and fen porewater samples. Significant correlations were observed between clustering coefficient and average number of neighbors for SOM molecules to porewater pH, DOC (mM) and δ13C -CH4 values. SOM clustering coefficient increased with increasing pH (Figure 7A), decreasing DOC (Figure 7B), and enriched δ13C -CH4 (Figure 7C) values as in the case of fen and decreased with decreasing pH (Figure 7A) and depleted δ13C -CH4 values (Figure 7C) as in the case of bog. On the other hand, SOM average number of neighbors had an opposite trend to the clustering coefficient (Supplementary Figure 4). Significant correlations (p < 0.05) were also observed between different biogeochemical properties including concentrations of DOC, TN, DIC (CO2), CH4, ammonia, nitrate, sulfate, δ13Cpw-DIC, δ13Cpw-CH4 (Supplementary Table 4), revealing clear coupling between different biogeochemical properties and GHG emissions.


[image: Figure 7]
FIGURE 7. Correlation of network analysis parameter (clustering coefficient) with (A) pH, (B) dissolved organic carbon and (C) δ13C for CH4 measured from the porewater of the bog (green) and fen (blue) samples. One-Way ANOVA (at p < 0.05) was performed on the calculated values to determine the significant differences and P-values were reported to be 0.0001, 0.0007, and 0.004, respectively.





DISCUSSION

Based on our advanced analytical characterization of peat SOM along a permafrost thaw gradient, organic matter compositional differences were clear between the bog and fen sites. Fen SOM appeared to be more degraded (regardless of the depth), transformed, and reduced as evident by the more negative NOSC and higher ΔG°C-ox values. This data is consistent with previous studies comparing bog and rich fen samples from different locations across the Stordalen Mire from different years (Hodgkins et al., 2014, 2016). Phenol oxidase is an important enzyme in peatlands, as it is one of the few that can decompose recalcitrant phenolic compounds generally produced by Sphagnum spp. (McLatchey and Reddy, 1998; Freeman et al., 2004). Degradation of these phenolic compounds by microbes without the aid of phenol oxidase is challenging due to the high resonance energy that stabilizes the C-C bonds in aromatic rings (Harwood and Parales, 1996). Our data indicated that the bog SOM was more oxidized, dominated by tannin-like (polyphenolic) and organic acids, all with large number of carboxyl, aromatic, and methoxylated phenol groups (higher MWs). Previous reports have shown inhibition of microorganisms and the extracellular enzymes by these large polymers via crossbridged hydrogen bonds with proteins (enzymes) as well as penetration to the sensitive sites within microorganisms, hence altering their physiology (Wang et al., 1991; Field and Lettinga, 1992). These findings suggest that the high abundance of phenolic compounds in peat bogs could have a toxic effect on microorganisms in addition to lower decomposition rates by extracellular enzymes (Freeman et al., 2004). The activity of phenol oxidase is also dependent on various factors such as bimolecular oxygen availability, extent of waterlogging, and plant communities, which in the peat bog are factors controlled by Sphagnum spp. (Freeman et al., 2004). Sphagnum spp. creates waterlogged conditions, acidifies its environment using high cation exchange rates (Rudolph and Samland, 1985; Rasmussen et al., 1995; Thormann, 2006), produces lignin-like polymeric phenols that inhibit enzymatic activity (such as 5-keto-D-mannuronic acid, p-hydroxy-b[carboxymethyl]-cinnamic acid) (Stalheim et al., 2009; Fudyma et al., 2019), and has highly recalcitrant cell walls (Stalheim et al., 2009; Hájek et al., 2011). Sphagnum moss is also known to decay more slowly than vascular plants (Hodgkins et al., 2014; Tfaily et al., 2014). The preservation of labile compounds in the peat bog observed in our data is likely due to the anoxic, acidic, and nutrient sequestration traits intrinsic to Sphagnum spp. and likely impedes phenol oxidase activity and subsequent organic matter decay by microbial communities (Williams et al., 2000; Freeman et al., 2004).

Diversity in microbial communities is important to the function and stability of many microbial ecosystems, such as animal- and plant-associated microbiomes (Worm et al., 2002; Muscarella et al., 2019). Uncovering mechanisms to maintain microbial diversity in these environments is important in understanding belowground metabolic transformations and subsequent GHG emissions (Muscarella et al., 2019). Substrate generalists vs. specialists can interact with different available substrates and depending upon the substrates that are used, we can partly understand microbial preferences and predict gas flux changes (Chen et al., 2020; Zhou et al., 2020). Based on our data, bog SOM exhibited higher DOC porewater concentrations, lower microbial diversity (inferred from Shannon diversity; Singleton et al., 2018; Woodcroft et al., 2018), and activity (inferred from the high average number of neighbors and lower clustering coefficient in the bog metabolic transformations analysis—Supplementary Table 3), suggesting that bog microbial communities are comprised of substrate specialists that are only capable of performing a limited set of specific functions (Monard et al., 2016; Muscarella et al., 2019) under anoxic and acidic conditions mainly created by Sphagnum spp. (Williams et al., 2000; Freeman et al., 2004). On the other hand, fen SOM was characterized by increased substrate heterogeneity (higher clustering coefficient), suggesting fen microbial communities are substrate generalists and are able to use and transform same substrates through different metabolic pathways. This observation is again consistent with Woodcroft et al. (2018) that showed microbial diversity (Shannon index) in the bog to be significantly lower than that in the fen. GC-MS data showed that the majority of upregulated metabolites in the bog were mono and disaccharides and sugar acids, in particular galacturonic acid, while the fen had higher abundances of amino acids and polyphenols (Figures 5, 6B), suggesting that in the fen, mono and disaccharides are consumed by microbial communities as soon as they are degraded by various biotic and abiotic metabolic pathways and the high abundances of amino acids and polyphenols reflect microbial byproducts and thus an active microbial community (Whiting and Chanton, 1992; Chanton et al., 1995, 2008; Hodgkins et al., 2014).

Recently, Fudyma et al. (2019) showed that Sphagum fallax metabolite profile is composed of flavonoid glycoside compounds (a compound formed from a simple sugar and a phenol), that could be acting as potent antimicrobial compounds. Thus, the quality of bog SOM (i.e., high abundance of lignin-like and polyphenolics and simple sugars, recalcitrant dead Sphagnum litter, and the low phenol oxidase enzymes activity) all suggest limited OM degradation by biotic factors. Here we hypothesize that the accumulation of simple sugars is either due to low rates of biotic decomposition and consumption, leading to its accumulation or that the release of simple sugars is occurring abiotically through acid catalyzed hydrolysis of lignocellulose and cellulose (BeMiller, 1967; Timell, 1967; Hopkinson, 1969; Girisuta et al., 2007; Ahmad and Pant, 2018) (Figures 2A, 5B–D). Therefore, we further postulate that low pH could be aiding the acid catalyzed hydrolysis of carbohydrates and sugar acids (glycosides) in bog systems (Ahmad and Pant, 2018) leading to the release of mono and disaccharides with lower average ΔG°C-ox. However, accumulation of these compounds in the peat with time probably due to low pH and high abundance of galacturonic acids produced by Sphagnum, further shed light on the limited microbial activities in respiring these compounds (Figures 1, 3, 5) (Rasmussen et al., 1995; Thormann, 2006). Metabolic transformation analysis and FT-ICR-MS data confirm this trend, with higher abundance of sugar transformations present in bog samples. Because both reactant and product of the metabolic transformation are present in the bog samples, we believe in the bog biotic degradation of organic matter happens more slowly than at fen sites, and that possible byproducts of Sphagnum OM degradation in the bog (i.e., upregulated galacturonic acid—which is a by-product of pectin degradation known to have antimicrobial effects—Hájek et al., 2011) could be limiting the biotic complex carbohydrate degradation pathways, resulting in the accumulation of both complex and labile sugars. Observed correlations between the pH and the SOM clustering coefficient (positive correlation; p < 0.0001) and the average number of neighbors (negative correlation; p = 0.0002) potentially indicates the impact of pH on substrate quality and concentration. Lower pH values promote carbon accumulation and low substrate diversity whereas higher pH values are correlated with higher substrate quality and diversity. The bog porewater DOC concentration correlated positively (p = 0.0008) with the average number of neighbors, reflecting accumulation of OM in the bog sites consistent with lower decomposition rates (Supplementary Figure 3) and acidic conditions (low pH). Moreover, in fens, vascular plant roots may transport oxygen into the soil, where it activates phenol oxidase and thereby decreases the concentration of decomposition-inhibiting phenolics and organic acids (Joabsson and Christensen, 2001; Estop-Aragonés et al., 2012). However, further experiments are required to validate these assumptions.

Depleted δ13C -CH4 in the bog porewater samples suggest that hydrogenotrophic rather than acetcolastic methanogenesis is likely the preferred pathway for methane production. This is consistent with low degradation potential of the bog SOM and higher DOC concentrations (Hodgkins et al., 2014; McCalley et al., 2014; Tfaily et al., 2014). More enriched δ13C -CH4 in fen porewater, on the other hand, suggests that acetoclastic methanogenesis is the dominant pathway for CH4 production and that methanogenisis substrates are produced by OM fermentation leading to low DOC concentration (Chanton et al., 1995; Chasar et al., 2000). Observed correlation between the clustering coefficients and the δ13C -CH4 for the bog and fen samples potentially suggests that the network analysis parameters indicating the substrate diversity and heterogeneity can be used as an indication of pathways by which microbial communities are utilizing the OM and ultimately producing GHG and they indirectly provide information on the microbial diversity. However, further studies should aim to replicate these findings in a larger experimental setup.

Pathways underlying CO2 and CH4 productions in peatlands are also dependent on S and N cycling and the microorganisms that interact with these compounds (Granberg et al., 2001; Limpens et al., 2008; Pester et al., 2012). Sulfate (SO4 2−) and nitrate ([image: image]) can act as terminal electron acceptors in anoxic conditions, allowing microorganisms to couple the oxidization of substrates (e.g., H2, organosulfur and organonitrogen compounds) and reduction of TEAs to produce CO2 and CH4 (Muyzer and Stams, 2008). Hence sulfate reducing microorganisms (SRM) and methanogens can co-exist or compete for substrates within these oxygen-limited environments (Raskin et al., 1996; Schink, 1997). Recently, Woodcroft et al. (2018) identified the presence and activation of high diversity deep-branching lineages of the dsrAB genes (dissimilatory sulfate reduction genes) belonging to sulfate-reducing microorganisms (SRMs) in Sphagnum-dominated bog in the Mire. SRMs utilize sulfur containing compounds and produce CO2. In peatlands, H2 is generated from fermentation of carbohydrates (especially the ones with aromatic rings), while oxidized S-containing compounds come from plant matter (Rawat et al., 2012). Peat bogs generally have larger amounts of oxidized organosulfur compounds due to high S uptake potential by Sphagnum and therefore dead Sphagnum is rich in organic S compounds, which can drive sulfate reduction (Urban et al., 1989; Novák and Wieder, 1992; Fritz et al., 2014). Our data suggests that hydrogenotrophic reduction by SRM and nitrate reduction is occurring in the peat bog due to the following factors: (1) increased organosulfur compounds, potentially acting as TEAs for SRMs and suggesting that sulfate reduction is not limited by S availability (Baena et al., 1998); (2) low porewater mM concentrations of SO4 2− and [image: image], suggesting rapid turnover of TEAs; (3) low pH, which is likely inhibiting methanogen activities (Tang et al., 2018); and (4) high abundance of mono and disaccharides, suggesting degradation of large carbohydrates by fermentative bacteria in addition to acid-catalyzed dissociations. Fermentation byproducts such as CO2, and H2, are then further consumed in hydrogenotrophic reduction (Conrad et al., 1987; Goodwin et al., 1991). CO2 and CH4 porewater concentrations measured in the bog samples were lower compared to the fen samples (Table 4), however, CO2:CH4 production ratios (Table 4) were higher in the bog compared to the fen, suggesting likely consumption of fermentation and acid-catalyzed dissociation byproducts by SRMs, leading to suppressed methanogenesis potentials by methanogens in the bog (Ward et al., 2009; Rawat et al., 2012; Hausmann et al., 2018). Similarly, SRMs can oxidize CH4 coupled with sulfate reduction, which is also likely driving the lower CH4 production rates in bogs (Cord-Ruwisch and Ollivier, 1986; Ward et al., 2009; Rawat et al., 2012). Higher CO2 and CH4 porewater concentrations in the fen are likely due to a decrease in Sphagnum-derived inhibitory organic acids (Figure 5) driven by changing plant inputs and increasing pH (Table 1 and Supplementary Table 1) from bog to fen systems. Lower C/N ratios in the fen, driven by lower C/N of plant inputs from sedges compared to Sphagnum, may also lead to greater organic matter decomposition in the fen by alleviating N limitation for decomposers (Hodgkins et al., 2014; Khadka et al., 2016).



CONCLUSION

Due to the contribution from aboveground vegetation and belowground metabolic transformations under various redox conditions, microbial processes both affect and are being affected by the chemical composition and quality of SOM. In order to gain better insight on the overall metabolic transformations in bog and fen and to link substrate diversity and quality with microbial activity and GHG production, we calculated the Gibbs free energy of C half reactions based on C oxidation state for OM, a quantifiable measure for OM decomposability and quality, which can be incorporated into current biogeochemical models to represent OM lability and microbial diversity. We further correlated clustering coefficients and average number of neighbors, two network analysis parameters, with different biogeochemical properties of bog and fen samples. Our data revealed that pH is a main driver of SOM decomposition. We hypothesized that the low pH of the bog, driven by Sphagnum-derived organic acids, along with phenolics, could potentially impact substrate quality and concentration and microbial diversity thereby promoting carbon accumulation and low substrate diversity. We further hypothesized that abiotic degradations such as acid catalyzed hydrolysis reactions (i.e., hydrolysis of Lignocellulose, complex carbohydrates, and sugar acids) are happening at a greater rate in bog, freeing bioavailable compounds for microbial utilization and further biotic metabolic pathways. In the fen, the presence of lower molecular weight compounds with higher Gibbs free energy, low DOC, more populated and diverse metabolic transformations, and higher net CH4 and CO2 fluxes and higher pH is indicative of more diverse substrate composition and higher microbial diversity than the bog, suggesting a more active system where biotic pathways are largely upregulated. The correlation observed between the clustering coefficient and the average number of neighbors with δ13C -CH4 values further reflects that organic matter quality and composition has an impact on microbial activity (as revealed by FT-ICR-MS and GC-MS data) measured indirectly through CH4 fluxes.

While many microbial pathways can be inhibited by acidic and anoxic conditions, as observed in the bog, we found evidence of activity of sulfur reducing bacteria. Lower concentrations of sulfate in the bog porewater suggest a rapid turnover of organosulfur compounds acting as TEAs. This is also confirmed by lower CH4 production rates and lower pH in the bog, with low pH likely inhibiting methanogenesis, as well as SRM either consuming H2 and producing CO2 or consuming CH4 and producing CO2 (CH4 + [image: image] → [image: image] + HS− + H2O). Due to these results, fen ecosystems that are composed of more diverse and active microbial communities should be more stable with changing environmental conditions (e.g., similar GHG fluxes) whereas bog microbial populations may be more easily affected by a changing climate. It is expected that thaw progression in northern peatlands will rapidly change the water table level, plant communities and nutrient input sources, all contributing to a decline of Sphagnum moss (Norby et al., 2019). This could result in shifts in decomposition, as well as altered contributions from biotic and abiotic pathways of OC toward higher CH4 and CO2 emission which ultimately creates positive climate feedbacks. Therefore, insights into how metabolite diversity and resource heterogeneity relate to the taxonomic and functional diversity of microbial communities allows for aspects of ecosystem stability and functional redundancy to be studied and provides a unique opportunity to understand how microbial communities will respond to climate perturbations.
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Continuous cover management on peatland forests has gained interest in recent years, in part because the tree biomass with significant evapotranspiration capacity retained in selection cuttings could be used as a tool to optimize the site water table level (WTL) from both tree growth and environmental perspectives. This study reports WTL responses from six field trials established on fertile Norway spruce–dominated drained peatland forests across Finland. At each site, replicates of different intensity selection cuttings (removing 17–74% of the stand basal area) or clear-cut in parallel with intact control stands were established and monitored for the WTL for 2–5 postharvest years. The observed WTL rose after selection cuttings, and the response increased with harvest intensity and depended on the reference WTL; that is, larger responses were found during dry summers or in more southern location. Selection cuttings removing about 50% of the stand basal area raised the WTL typically by 15–40%. Using a process-based ecohydrological model, tested against data from the field trials, we show that the role of tree stand in controlling the WTL clearly decreases along the latitudinal climate gradient in Finland. This suggests that the potential of controlling WTL using selection cuttings is more prominent in southern than in northern Finland. Predictions with future climate (2070–2099) further indicated a general decrease of the WTL and that the importance of the tree stand in controlling the WTL will increase, especially in northern Finland. The results overall thus suggest that selection cuttings can be used as a tool to control the WTL in boreal drained peatland forests, and the potential is likely to increase in future climate.
Keywords: continuous cover forestry, drainage, hydrology, partial harvesting, peatland forestry, selection cutting, water table level
INTRODUCTION
About 15 Mha of peatlands and wetlands have been drained for forestry purposes in the temperate and boreal zones (Paavilainen and Päivänen, 1995). The water table level (WTL) in peat soil is the key to their environmentally and economically feasible management. Too high WTL is detrimental to tree growth and vitality, making WTL lowering by drainage a necessary forest operation on the majority of peatlands. At the same time, drainage and ditch cleaning are substantial sources of sediments and particulate nutrients to receiving water courses (Joensuu et al., 1999; Nieminen et al., 2010; Stenberg et al., 2015; Nieminen et al., 2017a). In fact, ditch cleaning is currently regarded as the most harmful forestry operation affecting surface water quality in Finland (Finér et al., 2010). Compared with mineral soil forests, maintenance of ditch networks is also a significant extra cost which impacts the overall economic profitability of peatland forestry (Ahtikoski et al., 2008; Ahtikoski et al., 2012). However, Sarkkola et al. (2010), Sarkkola et al. (2012), and Sarkkola et al. (2013) suggest that ditch cleaning is unnecessary in high-volume peatland stands, which has given rise to the idea of growing peatland forests according to the principles of continuous cover forestry (CCF) instead of rotation-based management with clear-cuts (Nieminen et al., 2018a).
CCF, which relies on regular partial harvests, could also address other environmental consequences that rotation-based management on peatlands induces. After clear-cutting, the rise of WTL to near the soil surface results in anoxic redox reactions, enhancing the mobilization and outflow of redox-sensitive compounds, such as phosphate, iron, and dissolved organic nitrogen and carbon (Kaila et al., 2014; Kaila et al., 2015; Nieminen et al., 2015). High WTL after clear-cutting may also increase methane (CH4) emissions, particularly when the WTL rises higher than 30 cm below the soil surface (Ojanen et al., 2010; Ojanen et al., 2013; Korkiakoski et al., 2019). Also, very low WTL, prevailing in densely stocked stands, may be environmentally unfavorable. Ojanen et al. (2010), Ojanen et al. (2013), and Ojanen and Minkkinen (2019) showed high carbon dioxide (CO2) and nitrous oxide (N2O) emissions from drained peatland forests with a low WTL, presumably because of enhanced peat decomposition of deep peat layers. Lowering of the WTL and consequent diffusion of oxygen into deep peat layers are also thought to explain why nitrogen and phosphorus exports have been shown to increase from drained peatland forests across Finland (Nieminen et al., 2017b; Nieminen et al., 2018b).
To summarize, the aim of CCF would be to manage peatland forests in such a way that i) WTL does not rise near the soil surface (reduced tree growth, enhanced CH4 emissions, export of redox-sensitive nutrients, and need for drainage) and ii) WTL does not drop very deep, causing enhanced decomposition of deep peat layers (CO2 and N2O emissions and exports of mineralized nitrogen and phosphorus). According to Nieminen et al. (2018a), this not only would be beneficial from environmental perspectives but could also present economical savings by avoiding ditch cleaning and site preparation. They hypothesize that executing partial harvests, such as selection or gap cuttings, instead of clear-cutting would raise the WTL only marginally. Also, as the average stand volumes maintained in CCF forests would be lower than those in mature forests approaching clear-cut, the WTL would not drop as deep as in rotation-based management.
The feasibility of CCF thus comes down to the relationship between tree stand characteristics and WTL, which are linked through the water balance of the peatland strip. The stand intercepts and evaporates (Ec) part of the incoming precipitation (P), and takes up water from the soil by transpiration (T), while WTL dynamics reflect the changes in soil water storage (dS/dt). Additionally, the water balance is affected by forest floor evaporation (Ef) and runoff (Q):
[image: image]
where [image: image] form total evapotranspiration (ET). Stand interception evaporation has been suggested to scale almost linearly with stand density (Mazza et al., 2011), whereas transpiration responds in a nonlinear manner as light availability decreases in more dense canopies (Bréda et al., 1995; Lagergren and Lindroth, 2004; Launiainen et al., 2016). Forest floor evaporation depends on the amount of throughfall and radiation reaching the forest floor; thus, it is generally higher the more open the canopy (Boczoń et al., 2016; Launiainen et al., 2019). Last, the role of runoff depends on ditching parameters, peat properties, WTL, and rainfall amount and frequency, meaning that it is more pronounced during wet years and sites with low ET (Sarkkola et al., 2013).
The relationship between mean growing season WTL and stand properties on drained peatland forests is commonly acknowledged (Ahti and Hökkä, 2006; Hökkä et al., 2008b; Sarkkola et al., 2010), but the shape and strength of the relationship vary with climatic conditions, site type, and drainage configuration (Hökkä et al., 2008a; Sarkkola et al., 2010). To date, this relationship has typically been studied by comparing WTLs across sites of varying stand density (e.g., Hökkä et al., 2008a; Sarkkola et al., 2010) and only seldom by implementing harvests of different intensities and monitoring responses to WTL (Heikurainen and Päivänen, 1970; Päivänen, 1982; Päivänen and Sarkkola, 2000). As CCF would rely on such harvests, it is important to study the stand properties to WTL relationship in such setup and to understand how the relationship is affected by varying stand and drainage characteristics across climatic regions. This has been mostly omitted in earlier studies as they were limited to single sites (Heikurainen and Päivänen, 1970; Päivänen and Sarkkola, 2000), with the exception of Päivänen (1982) who studied harvest responses in spruce- and pine-dominated stands, however, in close proximity to each other.
In this work, we quantify and predict the effects of selection cuttings and the role of tree stand on the WTL in drained peatland forests. Specifically, we address the following research questions:
(1) How does growing season WTL respond to selection cuttings?
(2) How does the role of the tree stand vary along the climatic gradient in Finland?
(3) How will climate change affect WTL and its response to stand characteristics?
To find answers to these questions, six field trials were established on fertile Norway spruce-dominated drained peatland forests in Finland. At each site, replicated study plots with different intensity selection cuttings (removing 17–74% of the stand basal area) or clear-cutting in parallel with intact control stands were monitored for WTL for 2–5 postharvest years. The empirical results were complemented with predictions by a process-based ecohydrological model, which we validate against the field observations. The model is further used to generalize the WTL responses of selection cuttings of various intensities over the climate gradient in Finland in current and future climate.
STUDY SITES
General Descriptions
The six study sites covered a latitude gradient from 61.0 to 66.2°N in Finland (Figure 1; Table 1). The sites represented a range of drained Norway spruce (Picea abies)–dominated peatland forests with varying mixture of downy birch (Betula pubescens) and Scots pine (Pinus sylvestris). Sites S1, S4, and S6 represented the highest fertility level of drained peatland forests, classified as herb-rich type according to Laine (1989). S2 and most of S3 represented the Vaccinium myrtillus type, and part of S3 and S5 the Vaccinium vitis-idaea type. The peat layer was more than 1 m thick in other sites, except S1 and parts of S3. Peat in S2, S4, and S6 was characterized by sedge (Carex) remains, and in other sites, a mixture of Sphagnum mosses and decomposed wood. The sites were drained for forestry in 1940–1960s and managed at least once by ditch network maintenance. At present, the ditch networks are in poor or moderate condition with large variation in depth (Table 1). The stands approached maturity before selection harvestings, and Norway spruce occurred in the understory below the stand canopy. According to the tree diameter distribution, all the stands had structural inequalities and can be regarded as uneven-aged having J-shaped, skewed, or two-storied size distribution before harvesting.
[image: Figure 1]FIGURE 1 | Location of study sites S1–S6 in Finland. Gray dots indicate resolution used in generalizing climate simulations (see section Scenario Simulations for Current and Future Climate).
TABLE 1 | Site characteristics of the studied experimental stands on drained peatland forests in Finland.
[image: Table 1]Harvesting Treatments and Field Measurements
Each site had 4–16 permanent sample plots (Figure 2), whose area varied between 970 and 2,000 m2. The plots were treated either with selection cutting or clear-cutting, or left intact as control plots (no harvest) each having two to five replicates. The setup assumes neighboring plots on same strip are independent, that is, that the WTL rise in one plot does not affect that of the neighboring plot. This may not always be true (cf. Koivusalo et al., 2008), but here this concern is addressed by having replicates of each treatments and control plots at each site unlike in earlier studies (Heikurainen and Päivänen, 1970; Päivänen, 1982; Päivänen and Sarkkola, 2000).
[image: Figure 2]FIGURE 2 | Experimental plots in the study sites S1–S6 (A–F) categorized by the postharvest stand basal area. Site S1 (A) was composed of four blocks located 0.2–2.5 km apart. Background map: basic map raster © National Land Survey of Finland March 2020.
Selection cuttings were performed at different intensities with the target postharvest stand basal area varying from 6 to 17 m2 ha−1. The emphasis of the harvest removal was on the upper half of the stand diameter at breast height (DBH) distribution within each plot, retaining the suppressed and understory trees and also some of the largest trees. Harvestings were carried out during winter in 2015–2018 (Table 1). For details of all experimental plots, see Supplementary Table 3.
Before harvest, stand measurements were performed at each experimental plot recording species and DBH of all trees taller than 1.3 m. Additionally, on average, 45 sample trees per plot representing the whole diameter distribution of that plot were measured for tree height and crown base height. Except for site S5, all the trees to be removed were measured and marked before harvesting. At S5, stand measurements were conducted after harvest, and the DBH of harvested trees (d, cm) was derived from stump diameter of felled trees (ds, cm):
[image: image]
WTL (level of the water table relative to the soil surface) was monitored manually from nine ground water tubes (32 mm diameter) installed in each experimental plot in a form of a regular grid (3 × 3). The tubes were perforated (3 mm holes) from the bottom to a height about 10 cm below peat surface and were installed down to 1 m depth or, in thinner peated sites, down to the subsoil below peat. Measurements were taken during growing seasons at 1- to 2-week intervals during 2015–2019, except for site S1 where monitoring started already in September 2014.
METHODS
Water Table Level Data Analysis
The nine WTL observations for each plot j of site i at the observation time t were aggregated as median values:
[image: image]
where k stands for the tube number. Occasionally, the number of observations from plot j at time t was less than nine due to dry or frozen tubes. Medians (Eq. 3) were not derived if there were less than four observations at time t.
In order to predict the WTL response to harvest, we applied the paired catchment approach (e.g., Kaila et al., 2014) within each site (subscript i omitted from Eqs 4–6). First, ordinary least square linear regressions were fitted between WTL of each plot (j) and control plots [image: image] for the preharvest period.
[image: image]
Second, these linear models were applied to predict reference WTL (corresponding to non-harvested conditions) for each plot for the postharvest period as the arithmetic mean of the predictions based on individual parallel control plots.
[image: image]
Comparing the predicted reference WTL to the observed postharvest WTL gives the WTL response to harvest at plot j:
[image: image]
To analyze the dependence of the WTL response on harvest intensity at each site i, we explored the fit of the following ordinary least square regression model:
[image: image]
where [image: image] and [image: image] are given as yearly mean values during June–October, and [image: image] is the fraction of the removed basal area compared to the preharvest conditions.
Yearly (June–October) values for [image: image] and [image: image] were further used to analyze the performance of the applied ecohydrological model (sections Model Description and Application to Study Sites).
Modeling Water Table Level
Model Description
In order to simulate WTL dynamics, we combined the aboveground modules from the SpaFHy-model (Launiainen et al., 2019) with a simple hydrological description of the peat profile and lateral ditch drainage. The adopted SpaFHy modules describe rainfall and snow interception by the canopy and a moss/litter layer, snow accumulation and melt, infiltration to soil profile, and ET components. SpaFHy runs on a daily time step applying daily precipitation, air temperature, global radiation, photosynthetically active radiation, mixing ratios of H2O and CO2, and wind speed as meteorological forcing. SpaFHy accounts for leaf area index (LAI) dynamics of deciduous species and their different photosynthetic capacity compared to conifers. Thus, model parameters include LAI (one-sided) separately for conifers and deciduous trees. Further stand characteristics required by the model are canopy closure and dominant tree height.
The only modifications compared to Launiainen et al. (2019) was made to the soil moisture limit on canopy stomatal conductance. We described it following Koivusalo et al. (2008), but excluding the restriction of stomatal conductance during wet conditions:
[image: image]
where [image: image] (unitless) is the moisture limit, [image: image] (m3 m−3) is the mean moisture content in the rooting zone, and [image: image], [image: image], and [image: image] (m3 m−3) are the root zone moisture contents corresponding to the pressure heads of −0.7, −1.2, and −150 m, respectively. Root zone depth was defined as 0.2 m (Koivusalo et al., 2008).
The below ground hydrology is described by a 2-m-deep peat profile that stores infiltrated water and loses water due to transpiration, ditch drainage, and, in case of full saturation, surface runoff. WTL in the profile is computed based on the amount of water stored in the profile assuming hydraulic equilibrium (constant hydraulic head in vertical dimension, Skaggs, 1980). The function between water storage and WTL depends on peat water retention characteristics (van Genuchten) defined for the peat profile (see section Application to Study Sites). The function was obtained from tabulated values of water storage and WTL computed at 1mm intervals prior to simulations. The root zone moisture content (needed in Eq. 8) is computed using the same assumption of hydraulic equilibrium.
Drainage from the peat profile to the ditches follows Hooghoudt (1940) equation, but neglecting drainage from below the ditches which was considered minor:
[image: image]
where [image: image] (m d−1) is the drainage, [image: image] (m) is the depth of the ditches, [image: image] (m d−1) is the hydraulic conductivity of the saturated layer above the ditch bottom, and [image: image] (m) is the distance between the ditches. The hydraulic conductivity of the profile is defined by 0.1 m layers; thus, [image: image] is a function of WTL.
Summary from the free‐air CO2 enrichment (FACE) studies (Ainsworth and Rogers, 2007) and theoretical arguments (Katul et al., 2010; Medlyn et al., 2011) both suggest leaf and canopy stomatal conductance decrease with increasing atmospheric CO2 concentrations, leading to reduced transpiration rates in future climates. We account the effect of CO2 (ppm) concentration on canopy stomatal conductance through a modifier function (unitless):
[image: image]
where 380 ppm is the reference CO2 concentration. Equation 10 is based on predictions of a multilayer ecosystem model, parameterized for boreal coniferous forests (Launiainen et al., 2015; Launiainen et al., 2016), run using various atmospheric CO2 mixing ratios. It results into about 15% reduction in canopy stomatal conductance for 1.5-fold rise in atmospheric CO2 concentration from reference 380 ppm, in line with FACE experiments (Ainsworth and Rogers, 2007).
Application to Study Sites
The model was run for the unharvested and harvested stands of each plot on each site resulting in 55 (non-harvested stands) + 38 (harvested stands) = 93 modeling cases. The simulation period was 2010–2019 to ensure appropriate model spin-up before the monitoring period. Simulated WTL and WTL responses to harvests were evaluated against the observations. We evaluated the model performance using site average mean absolute error (MAE):
[image: image]
where [image: image] is either [image: image] or [image: image] (m), and superscript [image: image] stands for modeled. In the case of [image: image], [image: image] includes only treated plots and postharvest years.
For forcing data, we used spatially averaged (10 km2 × 10 km2 resolution or 1 km2 × 1 km2 since July 2016) daily meteorological data obtained from the Finnish Meteorological Institute (FMI) weather stations and provided by the FMI (Aalto et al., 2013). Additionally, we checked if there were FMI precipitation stations closer by our sites than the weather stations. That was true for one site (S4), for which we used precipitation data from that station instead of the gridded weather station data. Unavailable forcing variables were defined as follows: photosynthetically active radiation as 45% of global radiation, wind speed as constant 2.0 m s−1, and CO2 mixing ratio as 400 ppm.
Stand parameters for the pre- and postharvest stand of each plot were derived from tree stand measurements (see Supplementary Material). First, species-specific equations for tree height and crown base height were fitted to the sample trees, and then the fitted models were used to predict tree height and crown base height for all measured trees. This allowed us to determine dominant tree height for each plot. Because tree heights and crown base heights from the same site were correlated, we applied nonlinear mixed-effects models to account for the correlation. We assumed that the relationships between diameters and tree heights and crown heights of the same species follow similar functional form and applied model formulation named “Curtis” provided by lmfor R package (Mehtätalo et al., 2015; Mehtätalo, 2019). Application of mixed models by tree species allowed us to use the random part of the model to estimate calibrated heights and crown base heights for each tree by site ensuring more precise estimates for each tree (Lappi, 1991). Second, one-sided LAI was derived separately for conifers and deciduous species based on DBH, crown base height, and tree height using foliage biomass functions (Tupek et al., 2015; Lehtonen et al., 2020) and specific leaf area values (Härkönen et al., 2015). When estimating LAI, we assumed that 50% of needle mass were sunlit leaves and 50% shaded leaves; this assumption was made due to relative high basal area within these stands. Canopy closure was estimated based on the basal area (model fitted to data presented by Korhonen et al. (2007)):
[image: image]
where [image: image] (unitless) is the canopy closure and [image: image] (m−2 ha−1) is the basal area. For clear-cut sites, LAI was set 0.5 m2 m−2, height of the vegetation to 0.5 m, and canopy closure to 0.1.
For each plot, ditch spacing was determined from maps, and ditch depth was either measured in the field (sites S1, S5, and S6) or estimated from 2 m2 × 2 m2 digital elevation model provided by the National Land Survey of Finland. These as well as the stand parameters for each plot are listed in the Supplementary Table 3.
The water retention characteristics and saturated hydraulic conductivities of the soil profiles were defined based on the peat type at the site (Table 1). Typical profiles for Sphagnum and Carex peat were derived from the datasets collected by Päivänen (1973). Below 0.1 m from the soil surface, the water retention characteristics were based on the fit to all peat type–specific (Carex/Sphagnum) data presented by Päivänen (1973), while the water retention parameters of the topmost 0.1 m were set based on the Carex/Sphagnum sample with the poorest water retention capacity (Figure 3). Saturated hydraulic conductivity for each 0.1 m layer was defined in relation to depth with the peat type–specific functions presented by Päivänen (1973), restricting it to a minimum 0.01 m d−1. Conductivities of the 0–0.1, 0.1–0.2, and 0.2–0.3 m layers from the soil surface were multiplied by 30, 20, and 10, respectively, to represent anisotropy which results in the surface peat having a much larger horizontal conductivity than the deeper peat layer (Koivusalo et al., 2008; Haahti et al., 2016).
[image: Figure 3]FIGURE 3 | Water retention of Carex (A) and Sphagnum (B) samples published by Päivänen (1973): water retention curves for individual samples in gray, for whole data in red, and for sample with poorest water retention capacity in blue. θs = soil porosity; θr = residual water content; α, β = van Genuchten water retention curve parameters.
Scenario Simulations for Current and Future Climate
To explore to the potential of selection cuttings in controlling WTL in current and future climate, we run scenario simulations at a 0.1-grid resolution for entire Finland (Figure 1). As forcing, we used reference period (1981–2010) and future (2070–2099) climate scenario data. The climate scenario dataset consisted of bias-corrected predictions of weather parameters from the five global climate models (CanESM2, CNRM, GFDL, HadGEM2, and MIROC5) (Lehtonen et al., 2016) for three representative concentration pathways RCP2.6 (low emission scenario), RCP4.5 (moderate emission scenario), and RCP8.5 (high emission scenario). Bias correction in the dataset used gridded weather data from the reference period (Aalto et al., 2013), and applied methods are described in Räisänen and Räty (2013) and Räty et al. (2014). The simulations were run both with and without the CO2 effect on canopy stomatal conductance described by Eq. 10.
The scenario simulations were run with the stand basal area varying from 6 to 30 m−2 ha−1 (at 6 m−2 ha−1 intervals, i.e., 5 levels). LAI corresponding to these values was estimated based on the LAI to basal area relationship obtained using a linear regression and the data from the study sites (excluding stands with high share of pines which have low LAI to basal area ratio). This resulted in LAI ranging from 1.4 to 6.7 m2 m−2. Canopy closure was estimated using Eq. 12. Other model parameters were set to the mean values of study sites and peat type as Carex (Table 2).
TABLE 2 | Parameter values applied in scenario simulations.
[image: Table 2]RESULTS
Observed Water Table Level Responses at Study Sites
The mean preharvest WTL varied typically by 0.1–0.2 m between parallel plots of the same site, except for site S1 where the difference was up to 0.4 m (Figure 4). Control plot WTL during pre- and postharvest periods further indicates that meteorological conditions of these periods were different. For example, at site S5 (Figure 4E), the mean WTL at the control plots before harvest was about 0.1 m higher than that after harvest during 2018–2019, which were both dry and warm summers. Thus, comparing postharvest WTL of treated plots directly to that of control plots or to the preharvest WTL could be misleading, and therefore we used the paired catchment approach (see section Water Table Level Data Analysis).
[image: Figure 4]FIGURE 4 | Mean water table level (WTL) before harvest (gray) and after harvest (red) at sites S1–S6 (A–F) grouped by treatments (see Figure 2) during June–October. Data from non-harvested control plots are indicated by hatching. The boxplots indicate the median, the 25–75% percentile, and the min–max range.
Generally, WTL of harvested plots rose compared to the reference WTL predicted for each plot based on their parallel control plots (Table 3). At site S1 and for the less intensive harvest at site S2, the responses were less than 0.05 m (Table 3). The response of WTL was the stronger the more intense the harvest and the deeper the reference WTL (Figure 5). This is particularly evident at sites S4 and S6 where Eq. 7 produces a good fit (Figures 5D,F). The explanatory variable describing the influence of harvest intensity (fBA) was significant (p-value < 0.01) for all sites, except S1. Figure 5 also indicates how well WTL at control plots (fBA = 0) was predicted based on their parallel control plots. Especially at site S1, the variability around the 1:1 line is large, which probably was caused by the short monitoring period before harvest, causing uncertainty to the fit of Eq. 4. Consequently, also the reference WTL of the treated plots contains uncertainty. On the other hand, Figure 4A and Table 3 also suggest that there might not be a clear response to WTL caused by harvest at site S1. The coefficients of the fitted regression model for sites S3, S5, and S6 (Figures 5C,E,F) were similar, suggesting that harvesting X% of the basal area would result in a WTL increase of about 0.55X%, where X is between 0 (i.e., no harvest) and 100 (i.e., clear-cut). The WTL responses were more pronounced at site S4, which on average had the smallest preharvest stand basal area (Figure 5D). At site S2, where only the higher intensity harvest showed a clear increase in WTL (Table 3), it is suggested that the response between WTL and stand basal area is not linear as assumed by Eq. 7.
TABLE 3 | Mean water table response to harvest (see Eq. 6) at sites S1–S6 grouped by treatments (i.e., postharvest stand basal area, m2 ha−1) during June–October.
[image: Table 3][image: Figure 5]FIGURE 5 | Dependency of postharvest water table level (WTL) on reference WTL (see Eqs 4 and 5) for sites S1–S6 (A–F). The colors indicate the harvest intensity and symbol size the preharvest stand basal area. Data are presented as mean yearly values for June–October separately for each plot within a site. WTL predicted by the linear regression model (see Eq. 7) is shown for six different harvest intensities (line colors correspond to harvest intensities) and the 1:1 line is shown as dotted.
Simulating Water Table Level at Study Sites
The years 2018 and 2019, coinciding with the postharvest periods, were dryer and warmer than long-term averages (Pirinen et al., 2012) in many parts of Finland. The annual mean WTL was well reproduced by the model during preharvest at all sites (Figure 6A), but after harvest, WTL was underestimated for the dry years, especially 2018 (Figure 6B). Nevertheless, the site mean WTL responses to harvests (see Eq. 6) do not show systematic bias during the dry years (Figure 6B), excluding S5 where the WTL response was overestimated by about 0.1 m. Figures 6D–F further illustrate how the variability between plots at each site is captured by the model. Before harvest, observations show larger variability between plots of the same site than the model results (Figure 6D). The between-plot variability increases after harvest, which is generally well captured (Figure 6E). Figure 6F indicates that plot-level WTL responses are well reproduced, except for sites S1 and S5. At site S1, the poor correspondence between the model results and the observation was expected based on Figure 5A. For S1, only the site annual mean WTL could be predicted by the model (Figures 6A,B), while the between-plot variability both before and after harvest remained unresolved (Figures 6D,E).
[image: Figure 6]FIGURE 6 | Modeled against measured water table level (WTL) for pre- and postharvest periods and WTL response to harvesting as (A–C) yearly site mean, and (D–F) plot mean with colors showing stand basal area and symbols indicating study sites. Data from period June to October are included.
The site average MAE (see Eq. 11) was 0.099 m for WTL and 0.062 m for the WTL response. To assess the impact of site- and plot-specific parameters (ditch spacing, ditch depth, peat type, stand LAI, and fraction of deciduous species LAI) and meteorology on the model performance, we run the simulations by setting each of these constant one by one. The constant value applied for the parameters corresponded to the mean of all sites, whereas the effect of meteorology was tested by setting it to that of S3 for all sites, and the peat type was set in turns to Carex and Sphagnum. The change caused to model performance (MAE for WTL) in each case is visualized in Figure 7. Meteorology had an obvious effect on model performance, increasing the MAE by 60%. Specifying stand LAI for each plot instead of a constant also had a clear impact on model performance, especially at the more southern sites. On the other hand, applying a constant LAI fraction for deciduous trees only marginally decreased model performance. The model runs with a standardized peat type (Carex/Sphagnum) show that sites S2 and S6 differ from the sites characterized by Sphagnum peat, while for S4, the effect of peat type was minor (Figure 7B). Finally, standardizing ditch spacing decreased model performance, while standardizing ditch depth slightly increased the performance (Figure 7A). This was caused especially by the improving effect ditch depth of 0.5 m had on the WTL predictions at site S5, which was characterized by the deepest ditches (see Table 1).
[image: Figure 7]FIGURE 7 | Effect of standardizing model parameters and model forcing one by one on model performance in predicted water table level: (A) Effect on site average mean absolute error (MAE; see Eq. 10) and (B) effect on MAE of sites individually. A positive change in MAE indicates impaired model performance compared to model simulations where none of the factors are standardized.
The role of site characteristics and meteorology as controls of WTL depends on the stand LAI (Figure 8). Overall, decreasing stand LAI raises the WTL, as was seen at the study sites (Figures 4, 5), but the effect is nonlinear, with a stronger impact when LAI is less than about 3.5 m2 m−2. Increasing ditch spacing and decreasing ditch depth are predicted to raise WTL independent of stand LAI (Figures 8A,B). Closer inspection showed that WTL variation caused by ditch spacing and depth was slightly stronger at stands with low LAI, suggesting that harvesting on a site with wide ditch spacing or shallow ditches leads to a slightly stronger WTL response than harvesting on a site with narrow ditch spacing or deep ditches. The other factors (Figures 8C–E) showed the opposite behavior as their effect on WTL decreased with decreasing stand LAI. This suggests that WTL responses to harvests would be more pronounced on sites with Carex compared to Sphagnum peat, with higher fraction of deciduous trees, or in southern compared to northern location. In addition to stand LAI, harvest can also alter the fraction of deciduous trees in the stand (Figure 8D). The WTL response to harvest from a stand with deciduous trees accounting for 50% of preharvest LAI may thus be higher or lower than that shown in Figure 8D if deciduous or coniferous trees, respectively, are harvested first.
[image: Figure 8]FIGURE 8 | Model predicted impact of (A) ditch spacing, (B) ditch depth, (C) peat type, (D) deciduous trees fraction of stand leaf area index (LAI), and (E) meteorology on water table level (WTL) in relation to stand LAI. The ranges of the varied parameters (A–D) are set based on their variability in sites S1–S6, while other parameters correspond to the values presented in Table 2 and forcing is from site S3, except in (E) where forcing is varied from the northernmost to the southernmost site. WTL is the mean value for July–October during 2014–2019. Note that stand LAI decreases along the x-axis, describing increasing cutting intensity.
Water Table Level in Current and Future Climate
Simulations with weather forcing from global climate models for the extent of Finland during 1981–2010 showed a strong influence of latitude on WTL (Figure 9), which is caused by the strong latitudinal gradient in air temperature and global radiation (Figures 10B,C) that drive ET demand. The results further suggest that altering the stand basal area by harvests in southern Finland has larger impacts on growing season WTL than corresponding alterations in northern Finland (Figure 9), as shown also by the two-site comparison in Figure 8E. The same is predicted to hold in future climate; however, the response of WTL to stand basal area is likely to increase and the absolute WTL to decrease, especially with RCP4.5 and RCP8.5 emission scenarios (Figure 11).
[image: Figure 9]FIGURE 9 | Mean June–October water table level (WTL) predicted with weather data produced by climate models for Finland under current climate (1981–2010). WTL was simulated at five different levels of the stand basal area while other parameters were fixed to values in Table 2.
[image: Figure 10]FIGURE 10 | Mean June–October (A) precipitation, (B) air temperature, and (C) global radiation along latitudinal gradient in Finland derived from global climate models for current climate and future climate with representative concentration pathways RCP2.6, RCP4.5, and RCP8.5.
[image: Figure 11]FIGURE 11 | Difference between mean June and October water table level (WTL) in future and current climate predicted for RCP2.6 (A,D), RCP4.5 (B,E), and RCP8.5 (C,F), when accounting for the effect of atmospheric CO2 on canopy stomatal conductance (see Eq. 10) (A,B) or when neglecting that effect (C,D). Colors indicate five different levels of the stand basal area, while other parameters were fixed to values in Table 2.
On average, WTL lowered by 0.02 m for RCP2.6 and by 0.06 m for both RCP4.5 and RCP8.5 compared to the current climate (Figures 11A–C). Compared to the current conditions, the ET demand increases in all RCPs (Figures 10B,C) driving WTL lower, while the increase in precipitation (Figure 10A), especially in RCP2.6, counteracts this impact. In fact, Figure 11A suggests that RCP2.6 WTL in some areas, especially in stands with a low basal area, in northern Finland may even rise due to increased precipitation. The change in WTL was generally stronger the higher the stand basal area, especially for RCP4.5 and RCP8.5 at northern latitudes (Figures 11B,C). Compared to the current climate, atmospheric CO2 is predicted to increase by 18, 47, and 120% for RCP2.6, RCP4.5, and RCP8.5 by the end of the century, respectively. Omitting the effect of CO2 effect on canopy stomatal conductance results into larger changes in WTL; it lowered on average by 0.03, 0.10, and 0.19 m for RCP2.6, RCP4.5, and RCP8.5, respectively (Figures 11D–F). Despite the differences in magnitudes, results in both cases indicate that the impact of the stand basal area on mean growing season WTL increases in future climate, especially in northern Finland and for RCP4.5 and RCP8.5.
Figures 9, 11 only consider the WTL produced as average from the simulations, with weather forcing from different climate models. It is worth noting that also climate models, not only different RCPs, caused large variability to the WTL predictions in future climate. The average standard deviation caused by climate models was 0.05 m for RCP2.6 and RCP4.5, while for RCP8.5 it was 0.08 m. In current climate, WTL predictions using data from different climate models had an average standard deviation of 0.02 m. The WTL variability increased with the stand basal area and was generally higher in the south than in the north.
DISCUSSION
Model Performance and Future Use
The model–data comparison (Figure 6) and the analysis of model performance (Figure 7) implied that the model represents the hydrological behavior of drained peatland forests well and showed WTL differences (between sites and plots) are mostly driven by meteorology and stand LAI (or basal area), but that peat type and drainage characteristics also play important roles. Describing peat type either as Carex or Sphagnum peat, which differ in water retention properties and hydraulic conductivity (Päivänen, 1973), was well founded as Carex peat sites S2 and S6 differed from other sites in their behavior (Figure 7). Ditch spacing, which varied from 25 to 75 m, had a clear impact on WTL (Figure 8A) and improved the WTL predictions at the plot and site levels (Figure 7). Increasing ditch depth from 0.3 to 1.0 m was predicted to have a larger effect on WTL than decreasing ditch spacing from 75 to 25 m (Figures 8A,B). However, the effect of ditch depth did not necessarily improve model performance, but this might be caused by the difficulty to define ditch depth in the sense the model requires it. If ditches are poorly designed with not enough slope, or vegetation ingrowth has been excessive, some section may pond water almost constantly and that decreases the gradient between the WTL and ditch water level. Also, part of the ditch depths was measured in the field, while others were extracted from the digital elevation model, and thus likely includes more uncertainties than other plot-specific parameters.
Considering that spatially interpolated instead of onsite measured weather data were used in model simulations, WTL and its response to harvests were well reproduced. Especially summertime precipitation, which can be locally extremely variable, probably caused some of the inconsistencies between modeled and measured WTL during individual years. However, the rather systematic inconsistency in the estimation of WTL during dry summers (especially 2018, see Figure 6B) was most likely caused by model structure. At most of the sites, May of 2018 was exceptionally warm and dry with high radiation intensity. The model predicted high stand transpiration rates for this period, but in reality, transpiration may have been more limited by, for example, spring recovery or soil frost. Also, the model assumption that water in the peat profile instantaneously sets to hydraulic equilibrium is likely violated during long dry periods when the capillary rise to the root zone may be cut off.
The correspondence between modeled and measured WTL of individual sites may also be affected by their special characteristics, which were not accounted for in the model, for example, thin peat layers (S1 and S3), sloping area (S1), ponding effects caused by shallow bedrock (S3), or possible inflow from surrounding areas (S5). However, such special characteristics were not our focus as we aimed to keep the model simple and easily applicable with the purpose of using it for regional analysis and as a decision support tool in practical forestry in the future. In this respect, the results were satisfactory and suggest the model can produce WTL in different meteorological locations and account for the effect of harvests, ditching parameters, and peat type with reasonable accuracy. For Finland, the parameters needed by the model can be derived from open data, such as multisource National Forest Inventory of Finland (Mäkisara et al., 2016), and map products of the National Land Survey of Finland. Future model work will aim to improve the estimation of country-level greenhouse gas fluxes from peatlands by accounting for WTL (Ojanen et al., 2010) and to estimate the potential CCF in controlling WTL and greenhouse gas exchange of these soils on the country level.
Water Table Level Responses to Harvests and Practical Implications
The study showed that selection cuttings on peatland forest sites generally decreased WTL and that the responses were larger the more intense the harvests, as shown earlier by Päivänen (1982), Heikurainen and Päivänen (1970). No harvest responses could be detected at the northernmost site S1, and only the most intensive harvest affected WTL at S2. At site S1, the short preharvest monitoring period, the thin peat layer, and the slope of some of the plots may have masked the effect of harvest on WTL. However, also according to the model, WTL responses were expected to be small at this site due to low ET demand in northern climate. The magnitude of harvest response at the more southern sites (S3–S6) was similar to Päivänen (1982), who reported an about 15, 30, and 60% increase in WTL in response to harvesting 20, 35, and 100% of the basal area, respectively, on a spruce-dominated site in southern Finland. Heikurainen and Päivänen (1970), on the other hand, showed weaker responses in a pine-dominated forest in southern Finland: harvesting 60% of stand volume resulted in a 15% rise of WTL, while removing 20% or 40% both led to an about 5% rise. In line with this, Päivänen and Sarkkola (2000) concluded that thinnings of up to 28% caused an ecologically insignificant rise in the WTL at their studied pine stand in southern Finland.
The model results showed that the relationship between tree stand and WTL is nonlinear, which has also been proposed by empirical studies (Hökkä et al., 2008b; Sarkkola et al., 2010). This is caused by the nonlinear response of ET to LAI, and is predominantly attributed to light limitations of transpiration in dense canopies (Launiainen et al., 2016). This nonlinearity may explain some of the phenomena seen at the study sites. At site S2, the less intense harvest, which had almost no effect on WTL, decreased tree stand LAI from 4.9 to 3.7 m2 m−2, which is in the LAI range where responses to WTL are much smaller than when LAI decreases below 3.5 m2 m−2, especially in the north (Figure 8E). On the other hand, at site S4, where harvest led to largest WTL responses (Figure 5D), the preharvest LAI was 3.9–4.3 m2 m−2 and after harvest 2.3–3.4 m2 m−2, that is, within the range where WTL responses to LAI are the most pronounced (Figure 8E). Thus, not only the amount of removed basal area dictate the WTL response but also the size of the preharvest stand. Additionally, the LAI to basal area ratio varies strongly between species, which implicates that conducting similar basal area–based harvests in pure pine stands would lead to different responses compared to spruce-dominated stands. However, this cannot be concluded based on our data.
In line with earlier harvest studies (Heikurainen and Päivänen, 1970; Päivänen, 1982; Päivänen and Sarkkola, 2000), we show that the WTL response to harvest is the greater the deeper the reference WTL (Figure 5), meaning that during wet summers, the effect of the tree stand is less significant than during dry summers (cf. Sarkkola et al., 2010). This effect is analogous with the changes in WTL to LAI responses in south vs. north (Figures 8E, 9A). During wet summers or in northern locations, the effect of the stand on WTL is smaller because of lower ET demand and the increased role of runoff as WTL more commonly increases close to the soil surface (Sarkkola et al., 2013). Our results suggest that in southern Finland, selection cuttings could limit WTL from dropping too deep and enhancing peat decomposition, while in the northern Finland, keeping large stands would be less concerning from climatic perspectives. Then again regarding high WTL, smaller stands are required in the south than in the north, which is in line with Sarkkola et al. (2010) and Sarkkola et al. (2013).
Model simulations with scenarios for future climate (RCP2.6, RCP4.5, and RCP8.5, 2070–2099) indicated that the atmospheric ET demand will increase and, in most cases, lead to a WTL decrease despite the predicted increase in precipitation. The WTL decrease was, however, constrained to about half (Figure 11) when the effect of increasing atmospheric CO2 concentration was accounted for (Eq. 10). Although the magnitude of the CO2 effect on leaf, plant, and stand-scale water use is still under debate (Katul et al., 2012; Keenan et al., 2013; Hasper et al., 2016; Jaramillo et al., 2018), our results indicate that this uncertainty does not affect our conclusion that growing season WTL will become deeper and the role of tree stand in controlling WTL more pronounced in future climates, especially in northern Finland and for RCP4.5 and RCP8.5. This implies that the potential of using selection cutting to control WTL will become stronger in the future also in northern Finland. Managing stand density could also provide means to avoid drought stress in trees (Bréda et al., 1995), which may become more topical in the boreal region in future climate.
CONCLUSIONS
This study quantified the effect of selection cuttings and the role of tree stand on growing season WTL in drained peatland forests. Such information is important for the proposed transition toward CCF that aims to optimize WTL for multiple ecosystem services on drained peatlands. To this end, WTL responses to various intensity harvests were monitored at six fertile Norway spruce–dominated drained peatland forests across Finland for 1–3 pretreatment and 2–5 postharvest years. The data analysis was accompanied with WTL predictions by a process-based ecohydrological model, which is proposed suitable for predicting WTL in different meteorological locations and based on relatively easily available parameters. This is beneficial for assessing the potential of CCF as tool for WTL regulation and, for example, improving estimates of country-level greenhouse gas fluxes from peatlands. Regarding the three research questions framed in the introduction, our conclusions are as follows:
(1) WTL increased after harvests at most of the studied plots. The WTL response increased with harvest intensity and depended on the meteorological conditions (wet vs. dry summer, north vs. south). Generally, selection cuttings removing about 50% of the stand basal area raised WTL by 15–40%. The nonlinear relationship between tree stand and WTL explained differences between sites, emphasizing the role of the preharvest stand basal area (or LAI).
(2) Because of lower ET in northern compared to southern Finland, the role of tree stand on WTL decreases with latitude. An identical harvest in the south compared to the north can result to an even two times larger WTL rise. This suggests the potential of CCF in avoiding high and low WTL using selection cuttings is currently more prominent in southern Finland.
(3) WTL was predicted to decrease in future climate (2070–2099) with representative concentration pathways RCP2.6, RCP4.5, and RCP8.5. The magnitude of the WTL decrease was sensitive to the way atmospheric CO2 rise is described to affect tree stomatal conductance. Especially in northern Finland and for RCP4.5 and RCP8.5, the role of tree stand on WTL was predicted to increase, which implicates that the potential for CCF is likely to increase in future climate.
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The operation of the Three Gorges Dam (TGD) has significantly impact on downstream wetland ecosystems. This study applied 3S technology, landscape ecology, and computational models to investigate impact of the TGD on downstream spatial dynamics of floodplains in future. Results revealed the relationship between siltation patterns and wetland types transformation after the operation of the TGD, which are critically important to understand ecological characters dynamics in new environmental setting, and provide science-based conservation and restoration recommendation. After the operation of the TGD, changes between water surface and floodplains areas were spatial heterogeneity. With the increase of distance to the TGD, floodplain erosion force declining gradually. The most important finding is the asymmetric erosion between main river course and its associated floodplain lakes, e.g., Dongting lake. This has significant implications for dam operation in autumn and habitat management. After the operation of the TGD, floodplain in the estuary is driven by both the Yangtze river and ocean currents. The strong hydrological force and reduced sediments of Yangtze river drive erosion of the southern river course in the estuary, whereas, the weakened hydrological force in the northern river course attracts sedimentation.
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INTRODUCTION

Global wetland changes are affected by climate change and human activities (Vörösmarty et al., 2000; Ramsar Convention on Wetlands, 2018), in particularly, river diversion or damming (Postel et al., 1996; United Nations Department of Economic and Social Affairs, 2015; Jean-François et al., 2016), which have been identified as global aquatic stressors (Etienne et al., 2020), or regional level, such as the Curuai floodplain in the lower Amazon River (Park et al., 2020), West Bengal (India) (Das et al., 2020). Human activities have altered the flow regimes of many rivers, with negative impacts on biodiversity, water quality, and ecological processes (Margaret and Albert, 2019).

The Yangtze River is the third-largest river in the world, and it supports a great amount of biodiversity from 6300 meters above sea level in the Tibetan Plateau to the Eastern China Sea in Shanghai. Its upstream reaches have been identified as global biodiversity hotspots, namely, the Himalayan Mountains and River Valley of the Yangtze River, the Global 200 Ecoregion (Zhao et al., 2000; Barter et al., 2006), the Ecoregion of the Central Yangtze River and Lakes, as well as the Yellow River Ecoregion (including the Yangtze River delta and estuary) (Oslon and Dinerstein, 2002).

Since the Three Gorges Dam (TGD) became operational in 2003, worldwide attention has been focused on dam’s impact on environment in the middle-lower Yangtze River (Wang, 2010; Pan and Hu, 2015; Zhang et al., 2020). The operation of the TGD changed hydrological regime downstream (Zhang et al., 2016; Tian et al., 2019), through storing water in autumn, and releasing of clear water that disturb balance between riverbed erosion and siltation (Li, 2009; Jiang et al., 2014; Han and Huang, 2018), leading to asymmetric erosion on riverbed and lake (Lu et al., 2018). Such disturbance has significant impact on waterbird habitat (Cao et al., 2008; Guan et al., 2014; Liu et al., 2015), as well as fish populations (Xie et al., 2016).

To date, major research efforts have focused on impact of the TGD on hydrology, or biodiversity based on data from a limited number of hydrological stations (Jiang et al., 2014; Yang et al., 2017; Liu et al., 2018); few studies have focused on hydrological changes and their relationship with siltation patterns and habitat transformation, which are critically important to understand ecological characters dynamics in new environmental setting after the operation of the TGD, and provide science-based conservation and restoration recommendation. This study applied 3S technology, landscape ecology, and computational models to investigate impact of the TGD on downstream spatial dynamics of floodplains in future.



MATERIALS AND METHODS


Study Area

Study area covers main river course and its floodplains along the Yangtze River between the TGD in Yichang City and estuary in Shanghai, with a total length of 1771 km (Figure 1). On basis of hydrological station data and impact of river flow downstream, study area was divided into four sections, i.e., Yichang Station-Chenglingji Station (Y-C), Chenglingji Station-Hukou Station (C-H), Hukou Station-Nantong Station (H-N), and Nantong Station-Estuary (N-E).


[image: image]

FIGURE 1. Study area.




Data Collection

Wetland datasets in 1990, 2000, 2005, 2010, and 2015 were produced by extracting floodplain areas from land-use maps obtained from the Resource and Environment Data Cloud Platform1. Land-use maps were generated by human-computer interactive software, using Landsat TM/ETM remote sensing images of each period as main data source. Images in early March or late October when water level is stable were selected to avoid influence of water level fluctuation on image interpretation. All selected images were projected in the Conical Projection of Albers Orthogonal Axis with Equal Area and Double Standard Latitude Lines. The reliability of these datasets and monitoring data was verified and firmly quality controlled before their release. The locations of stations are shown in Figure 1.



Data Analysis

According to ecological characteristics of the study area, we applied CNLUCC method to generate maps based on a unified land-use and plant classification system and to connect individual remote images. All data analysis was conducted with interactive QGIS software. We first constructed maps within laboratory and then verified them on-site to minimize errors in computer interpretation. Remote sensing data analysis included data collection, false color composite generation, image data correction, image data cutting, and establishment of info-source of remote database.

For standard false color composites, the TM images used bands 4, 3, and 2; MSS4-5 used bands 4, 2, and 1; and MSS1-3 used bands 7, 5, and 42. Since the TGD began operations in 2003, remote sensing data from 1990, 2000, 2005, 2010, and 2015 were used for the interpretation. According to characteristics of wetlands in the middle and lower reaches of the Yangtze River, we divided wetlands into two types, i.e., water surface and floodplains.

Transition matrix were built to characterize impact of the TGD on spatial distribution of wetlands using four periods of remote sensing data and dividing them into time before (1990–2000) and after (2005–2015) TGD operations.

Firstly, we applied transition matrix analysis to identify how wetlands changed after the TGD operation. Then, we conducted a comparative analysis to determine the differences in transition periods and analyze impact of the TGD operation on spatial distribution of wetlands. We calculated two kinds of transition rates, PS–F and PF–S:
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where AS–TF is total area of water surface that is converted into floodplains, and AS is area covered in water surface;
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where AF–TS is total area of floodplain that is converted into all types of water surface, and AF is area classified as floodplains.

According to characteristics of different parameters, we chose class and landscape metrics as main parameters to analyze impacts of the TGD on landscape, and we utilized land-use data from 2000 and 2015 for data before and after the operation of the TGD, respectively. We used FRAGSTATS to calculate Percentage of Landscape (PLAND), Number of Patches (NP), Patch Density (PD), and Mean Patch Areas (AREA_MN) to analyze impacts of the TGD operation on wetland fragmentation.

To predict impact of the TGD operation on spatial distribution of wetlands in the middle and lower reaches of the Yangtze River, we applied a Cellular Automata_Markov chain (CA_Markov) model to predict trend of floodplain changes caused by operation of the TGD. This model is a long-term forecasting method based on a Markov chain procedure, which predicts change in every future moment (or period), according to situation and probability of an event at a certain time. Key is to determine probability of event occurrence and transitions (Anderson and Goodman, 1957). CA is a grid dynamic model with discrete time, space, and state variables that has ability to simulate spatiotemporal evolution process of complex systems. The CA_Markov model is a combination of the Markov chain and CA models in IDRISI software. It makes full use of advantages of the Markov chain to make long-term predictions and ability of CA to simulate spatial variations in complex systems, thereby forecasting future changes based on existing land-use patterns.

Test of predictive power of CA-Markov model: We used cross tabulation method to calculate Kappa index for model test, using 1990 and 1995 data in N-E to predict spatial distribution of wetlands in 2000. Then we did cross tabulation between predictive and real spatial distribution of the N-E wetlands in 2000, with the Kappa index 0.97 which confirm model is reliable (Li et al., 2020; Lu et al., 2020; Wang et al., 2020). Figure 2 shows comparison results of predictive and real spatial distribution of wetlands in 2000.
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FIGURE 2. Test of CA-Markov model.


1990 and 2000 interpretation data were used to predict spatial distribution of wetlands in 2010 and 2030 under assumption of no TGD. We also used 2005 and 2015 data to predict distribution of wetlands in 2030 under assumption of the TGD operation.

We calculated areas of floodplains and compared distribution of wetlands in simulated and actual 2010 scenarios. We then calculated floodplain area in 2030 under both scenarios and siltation rate (Ps) difference from 2010 to 2030:
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where Ps is siltation rate, A2030 is area of floodplain in 2030, and A2010 is area of floodplain in 2010.



RESULTS


Changes in Wetland Spatial Structure After the TGD Operation


Yichang-Chenglingji Section

In Yichang-Chenglingji section (Y-C), before the operation of the TGD, the floodplain areas increased by 1613.86 ha from 1990 to 2000, due to increased transition rate from water surface to floodplains (W-F), and reduced transition rate from floodplains to water surface (F-W) (Table 1). However, after the operation of the TGD, floodplain area decreased by 1,738.2 ha, due to increased transition rate from floodplains to water surface (Table 1). We performed spatial overlay analysis on change in spatial structure between water surface and floodplains during (1990–2000) and (2005–2015). Results showed that floodplain areas decreased in upstream section of Y-C and increased with more red-color areas in downstream region of Y-C (Figure 3).


TABLE 1. Wetland transition in the Yichang-Chenglingji section between 1990–2000 and 2005–2015 (area unit: ha).
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FIGURE 3. Comparison of spatial transition with and without dam in Y-C.




Chenglingji-Hhukou Section

In Chenglingji-Hhukou section (C-H), transition rate from water surface to floodplains maintained as same (1.67%) both before and after the operation of the TGD, whereas transition rate from floodplains to water surface showed increase from 1.38 to 3.77% (Table 2). However, overlay analysis between 2000 and 2015 indicated no clear pattern of spatial transition from floodplains to water surface (Figure 4).


TABLE 2. Wetland transition in the Chenglingji-Hukou section between 1990–2000 and 2005–2015 (area unit: ha).
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FIGURE 4. Comparison of spatial transition with and without dam in C-H.




Hukou-Nantong Section

In Hukou-Nantong section (H-N), the floodplain areas increased by 4,547.97 ha transition rate from water surface to floodplains was 0.33% before and it increased to 2.72% after. Transition of water surface to floodplain were 635.85 ha before the operation of the TGD and increased to 5,183.82 ha afterward (Table 3). Based on spatial overlay analysis of water surface and floodplains in H-N section, the added floodplain area extended around original floodplain patches, and they were mainly distributed in downstream region of H-N section, close to estuary (Figure 5).


TABLE 3. Wetland transition in Hukou-Nantong section between 1990–2000 and 2005–2015 (area unit: ha).
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FIGURE 5. Comparison of spatial transition with and without dam in H-N.




Impact of the TGD on Wetland Landscapes in the Middle and Lower Reaches of the Yangtze River


Yichang-Chenglingji Section

After the operation of the TGD, fragmentation of the water surface and floodplain reduced. Results of FRAGSTATS analysis showed that number of patches (NP) and patch density (PD) indexes of water surface and floodplains decreased in Y-C. Further, percentage of landscape (PLAND) index of water surface increased and that of the floodplain decreased. Mean patch areas (AREA_MN) index of water surface increased from 138.05 to 404.72 ha, while floodplain increased from 57.69 to 137.99 ha (Table 4).


TABLE 4. Wetland landscape of Yibin-Chenglingji section in 2000 and 2015.
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Chenglingji-Hukou Section

After the operation of the TGD, fragmentation of water surface and floodplain reduced, siltation was not significant in Chenglingji-Hukou section. Results show that NP index of water surface decrease from 517 to 130, the index of floodplains decreased from 565 to 251. PLAND index of water surface decreased, and that of floodplains increased. AREA_MN index of floodplains and water surface increased, but increasing was relatively small from 34.3 to 79.18 ha (Table 5).


TABLE 5. Wetland landscape of the Chenglingji-Hukou in 2000 and 2015.
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Hukou-Nantong Section

After the operation of the TGD, fragmentation of water surface area increased and floodplains decreased. NP index of surface water increased from 286 to 346, and PD index of the water surface increased from 0.12 to 0.14. NP index of floodplains decreased from 511 to 435, and PD index decreased from 0.21 to 0.18. PLAND index of water surface decreased, and that of floodplain increased. AREA_MN index of water surface decreased from 665.9 to 537.72 ha, meanwhile floodplain increased from 109.39 to 140.78 ha, after the operation of the TGD (Table 6).


TABLE 6. Wetland landscape of the Hukou-Nantong in 2000 and 2015.
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Predictions of Wetland Changes Along Main Stream of the Yangtze River

CA_Markov model prediction for 2030 indicates (Figure 6), under the operation of the TGD, immediate downstream, Yichang-Chenglingji section will become more eroded (from 0.0021 to 0.1790), in Chenglingji-Hukou section, siltation rate will be lowered from 0.14 to 0.11, whereas in Hukou-Nantong section, siltation rate will be increased from 0.05 to 0.15 (Table 7).
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FIGURE 6. Siltation index trends with and without dam.



TABLE 7. No dam and dam siltation areas and rate in the middle and lower reaches of the Yangtze river.
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Estuary Wetland Spatial Distribution and Landscape Pattern Changes


Estuary Wetland Spatial Structure Changes

Before the operation of the TGD, estuary experienced erosion, as transition rate from floodplains to water surface was 12.91%, and rate of water surface to floodplains was 0.74%. After the operation of the TGD, transition rate from floodplains to water surface decreased to 12.77%, and water surface to floodplains transition rate increased to 3.83%. Overlay analysis indicated that change in floodplains displayed greater spatial heterogeneity, with the floodplains increased in the north but decreased in the south of Chongming Island. On the other hand, water surface areas increased around edges of floodplains and islands (Figure 7). Under no dam scenario, floodplains and water surface areas reached balance in 2010, and the floodplain areas reached 36,611 ha in 2010, and 36,596 ha in 2030. However, with the operation of the TGD, floodplains will increase from 16,165 ha in 2010 to 37,040 ha (Table 7).
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FIGURE 7. Comparison of spatial transition with and without dam in N-E.




Estuary Wetland Landscape Changes

After the operation of the TGD, NP index of water surface decreased slightly from 537 to 523, NP index of floodplain increased from 359 to 520, and PD index of water surface and floodplain showed the same trend. AREA_MN index of water surface increased from 317.20 to 319.28 ha, and index of floodplains decreased from 57.28 to 47.31 ha.



DISCUSSION


Spatial Heterogeneity of Wetland Changes and Driver

After the operation of the TGD, changes of wetland in the middle and lower reaches of the Yantze river displayed typical spatial heterogeneity, e.g., erosion at the immediate section downstream (Y-C section), relative stable river section between Dongting Lake and Poyang Lake (C-H section), siltation river section at the lower reaches of Yangtze river. The estuary displayed a complex pattern featured by erosion. Main driver was clear water releasing from the TGD which led to Y-C section erosion, confirms Yang et al. (2017) and Yuan (2014) findings, as well as the turning point between Dongting Lake and Jingjiang River in hydrological regim shift (Lu et al., 2018). The relative stable status in floodplains and water surface areas between Chenglingji and Hukou may be the consequences of water and sediments dynamics of mainstream Yangtze and Dongting Lake, such stable status may continue for a period of time depending the speed of river bed erosion of the lower part of Y-C section. Siltation at H-N section remains similar to the period before the operation of the TGD, which is a continue processes and combination of Poyang Lake (Duan, 1993; Li, 2009; Su et al., 2019).



Asymmetric Erosion Between Mainstream and Two Lakes

Dongting Lake is one of the largest freshwater lakes in China, and has been listed as one of the most important wetland biodiversity region. It has been fed by four rivers and three major waterways from Yichang-Chenglingji section of Yangtze River (which is also called Jingjiang River), among which water inflow from Jingjiang River accounts for 50%. However, since the operation of the TGD, clear water released from the dam scoures river bed at Yichang-Chenglingji section, led to decrease of river water level, and shifted permanent river channels to seasonal rivers between Yangtze River and Dongting Lake. Thus causes asymmetric erosion between mainsteam and its associated floodplain lakes, in particular, Dongting Lake (Lu et al., 2018). After the operation of the TGD, distribution of siltation and erosion along river changed from “bed scouring and beach building” to “erosion of both river bed and banks” (Xu et al., 2010; Dai and Liu, 2013). Asymetric erosion between river and two lakes (Dongting and Poyang), also drives water level recession faster than before, and floodplains exposed when TGD start fill in water, floodplain vegetation, e.g., Carex grow quickly in autumn before wintering geese ariving and caused food shortage (Guan et al., 2014, 2016). Shift of river channels between Jingjiang and Dongting Lake has significant impact on migration of fishes and Yangtze finless porpoises (Nabi et al., 2018). With the operation of the TGD in the future, combined with climate change effect, such asymmetric erosion in Jingjiang-Dongting Lake wetland complex may become even worse, and thus urgent mitigation measures are needed.



Why Esturay Floodplain Areas Increase

Due to dam effect, the estuary lost 80% of the sediments (Cao and Wang, 2015), which should lead to erosion of the floodplains in the estuary, however, our model suggested the opposite. It is important to note that, the increased floodplain areas are mainly in the north river course, whereas, floodplain areas in the south river course are eroding as most studies suggested (Figure 8; Li, 2012). The reason why the estuary floodplains areas increase in the north, may not be linked to the operation of the TGD. Instead, such increase may cause by other two facts. Firstly, the morphological change in Chongming Island drives the northern river cause much less influence by hydrological forces of Yangtze river, and thus the water flow slows down and leads to siltation. Secondly, the sediments deposite in northern river course maybe transport by ocean currents.
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FIGURE 8. Comparison of estuarine wetland landscape with and without dam.




CONCLUSION

The operation of the TGD has significantly impact on downstream wetland ecosystems. Our study revealed the relationship with siltation patterns and wetland types transformation after the operation of the TGD, which are critically important to understand ecological characters dynamics in new environmental setting, and provide science-based conservation and restoration recommendation.

After the operation of the TGD, changes between water surface and floodplains areas were spatial heterogeneity. With the increase of distance to the TGD, floodplain erosion force declining gradually. The most important finding is the asymmetric erosion between main river course and its associated floodplain lakes, e.g., Dongting lake. This has significant implications for dam operation in autumn and habitat management.

After the operation of the TGD, floodplain in the estuary is driven by both the Yangtze river and ocean currents. The strong hydrological force and reduced sediments of Yangtze river drive erosion of the southern river course in the estuary, whereas, the weakened hydrological force in the northern river course attracts sedimentation.
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In-situ oil extraction activities impact the vast mosaic of boreal wetlands and uplands. Peatland restoration in these regions aims at reestablishing crucial peatland functions, such as peat accumulation and carbon (C) sequestration. In order to assess the success of fen restoration, we evaluated the biogeochemical conditions, the seasonal carbon balances via carbon dioxide (CO2) fluxes and methane (CH4) emissions, and addressed the global warming potential following different restoration techniques at two restored in-situ oil sands well pads, during two consecutive growing seasons. Restoration work involved: 1) the partial or complete removal of introduced well pad construction materials, and spontaneous revegetation, or 2) the partial removal of foreign clay, in addition to reintroduction of typical fen plant species such as Larix laricina, Salix lutea and Carex aquatilis. Comparisons were done with regional reference ecosystems (REF) consisting of three peatlands: a wooded bog, a wooded rich fen and a wooded extreme-rich fen. While the average electric conductivity of restored sectors (946 μS cm−1) was higher compared to REF (360 μS cm−1), the pH was quite similar (pH 5.8 REF, pH 6 restored). Dissolved organic carbon concentration was lower in all restored sectors (5–11 mg L-1 restored sectors, 15–35 mg L-1 REF), presumably due to the still incomplete recovery of vegetation and lower organic matter content associated with remnant well pad material. Re-establishment of shrub and brown moss species improved significantly the C uptake. However, the active introduction of plant species was no crucial restoration step, in order to return species beneficial for C uptake. Restoration treatments that were leveled closest to the surrounding REF showed the most similar seasonal C balance to REF. In shallow open water areas resulting from the complete removal of all construction materials, we measured the highest methane emissions making these flooded sites net C sources to the atmosphere with elevated global warming potential. The partial removal of the well pad’s mineral soil to near the water table level and the surface elevation of the surrounding ecosystem seems to be the most effective site management method to sequester carbon efficiently. However, further research is needed to evaluate the suitability of this restoration method for the recovery of biodiversity and possible impacts of residual foreign materials on fen ecosystems.
Keywords: fen restoration, oil sands disturbances, mineral wetlands, seasonal net ecosystem exchange modeling, fluxes of carbon dioxide and methane
INTRODUCTION
In the boreal biomes of the northern countries, industrial activities are constantly increasing within the last decades, including the sector of oil sands mining, crude oil and gas extraction. The location of the development of this fast-growing industry coincides with the main distribution of the world’s peatlands. Here we investigate the carbon (C) dynamics of disturbed northern peatlands impacted by oil and gas extraction infrastructure, following restoration with a variety of different techniques after in-place (in-situ) bitumen extraction has ended. The goal is to evaluate the impact of fen restoration on different ecosystem attributes, such as greenhouse gas emissions and the return of the carbon sequestration function, compared with conditions prior to disturbances.
Undisturbed peatlands are recognized as the most effective C storing ecosystems on earth, which, globally, cover an area of more than 3 million km2 and store an estimated 644 to 1,105 Pg C (Leifeld and Menichetti 2018; Nichols and Peteet 2019). At the same time, they continuously take up approximately 0.37 Pg carbon dioxide (CO2) from the atmosphere per year IUCN (International Union for Conservation of Nature) (2017), making them a substantial ally in the fight to reverse global warming. Nevertheless, approximately 1.91 Pg CO2-e are emitted annually by drained and degrading peatlands (Leifeld and Menichetti 2018). Restoration and rewetting of disturbed peatlands is therefore recognized as a natural climate solution and allows countries to improve their C emission balance according to the national climate action plan under the UN Framework Convention on Climate Change (UNFCCC 2009).
Peatland disturbances by the oil and gas industry in the boreal region of northern Alberta are caused by open-pit oil sands mining activities up to 75 m depth (3% of the deposits), and the deep drilling in-situ bitumen extraction infrastructure for oil deposits at ∼200 m depth (97% of the deposits; Government of Alberta 2020). The in-situ oil sands extraction process involves the construction of thousands of oil extraction well pads scattered across the landscape, associated steam, power, and water treatment plants, processing and storage facilities, and exploration and access roads. While an average oil sands well pad is ∼1 ha in size, the total area disturbed, including more than 180,000 well pads and associated facilities installed to date, added up to >149,000 km2 by 2009 (Lee and Cheng 2009; Natural Resources Canada 2015). These developments occur in the boreal region’s vast mosaic of forest and wetlands, and affect the ecosystems' hydrology, biodiversity, and biogeochemistry by ground compaction and introduction of foreign mineral substrates (Price, Heathwaite, and Baird 2003; Graf 2009). In order to stabilize the oil pumps and other processing facilities within a peatland ecosystem, an in-situ oil sands well pad needs to be well-drained and firm. The construction process involves the clearing of larger trees and shrubs if necessary and placing of a geotextile over the then leveled original peatland surface, followed by the installation of a 1–2 m thick layer of compacted mineral substrate, prior the installation of pumping equipment and related oil extraction infrastructure. When the oil reserves are exhausted and the well pad will no longer be used, oil sands operators are required to reclaim these disturbed peatlands according to the Alberta Environmental Protection and Enhancement Act (Alberta Queen’s Printer 1994). Specifically targeted peatland restoration outcomes anticipating an “equivalent land capability” were defined in 2015, where criteria for restoration assessment are based on the vegetation species composition of bryophytes and vascular plants, biogeochemical soil conditions, such as nutrient supply rate, hydrology and soil organic matter content, as well as landscape quality (Environment and Parks 2017). Environment and Parks (2017) defined the long-term goals of peatland restoration after well pad disturbances to be the return of the interdependent ecosystem functions present prior to disturbance, including water storage and filtration, wildlife habitat, peat accumulation, and carbon sequestration.
Restoring peatland functions after in-situ oil sands well site disturbances in Alberta is a fairly new process that has started in 2007. All available trials have stressed the importance of restoring hydrological conditions (Vitt et al., 2011; Vitt, Hayes, and Wieder 2012a; Sobze, Schoonmaker, and Rochefort 2012; Caners and Lieffers 2014). Although few studies have investigated ecological functions returning to restored peatlands after oil sands well site disturbances, the importance of restoring proper hydrologic conditions in peatlands affected by drainage and peat extraction has been broadly studied (Price et al., 2003; Large et al., 2007; Price, McLaren, and Rudolph 2010; Cooper et al., 2017; Ahmad et al., 2020; Saraswati et al., 2020). If oxygen levels rise in the upper peat layer called “acrotelm”, which is periodically saturated and aerated according to the changing water table level, microbial activity and aerobic oxidation are enhanced (Price et al., 2003). In the case of disturbed peatlands due to peat extraction, vascular plant cover is often higher following restoration than in comparable undisturbed peatlands (Strack et al., 2016). The higher the vascular plant cover, the higher the ecosystem respiration (Reco) but they also uptake significant amounts of CO2 at the same time, generally leading to net CO2 storage (Strack et al., 2006; Nwaishi et al., 2016; Strack et al., 2016; Nugent et al., 2018). Vascular plant species of boreal peatlands in Northern Alberta include shrub species, such as Betula sp., Larix laricina, Salix sp., Picea mariana, and ericaceous shrubs like Rhododendron groenlandicum and Vaccinium sp., as well as herbaceous species, namely Caltha palustris, Comarum palustre, Equisetum sp., Maianthemum sp., and a large variety of sedges, such as Carex aquatilis, Carex diandra, Carex bebbii, Carex lasiocarpa, Carex utriculata, Eleocharis sp., Eriophorum sp (Alberta Environment and Sustainable Resource Development (ESRD) 2015). However, vascular peatland plant species, in particular graminoid species such as sedges, rushes, and grasses, are considered to enhance methane (CH4) emissions due to their large aerenchyma (Green and Baird 2012; Lazcano et al., 2018), while Strack et al. (2017) have found brown mosses to effectively decrease CH4 emissions. Following a hydrological restoration after peat extraction for example, an increase in the water table level and vascular plant and moss cover result in the return to uptake of CO2, while CH4 emissions rise due to enhanced methanogenesis, but do not reach the emission rates of natural peatlands (Sundh et al., 1995; Evans, Renou-Wilson, and Strack 2016; Strack et al., 2016; Hemes et al., 2018).
As mentioned above, very few well pad to peatland restoration projects have been attempted to date. In 2012, the moss layer transfer technique (Quinty and Rochefort 2003) was successfully applied on a restored well pad within a wooded bog, in the Carmon Creek division of the Peace River, Alberta. The inversion of the mineral pad and underlying peat layers proved to be a successful base for the introduction of bog moss propagules (Sobze, Schoonmaker, and Rochefort 2012). Shunina et al. (2016) conclude from their bog restoration trial in the Cold Lake region, Alberta, that different microtopographic conditions prove to be favorable for different vascular plant and moss species, while they observed a higher resilience toward interannual moisture variation due to changes in water table level. On the other hand, to restore fens on former in-situ oil sands well pads, only few attempts have been made during the last 12 years, and our understanding of fen restoration method’s abilities to return ecosystem functions remains limited. In this study, we evaluate the effect of different fen restoration techniques on two research sites, located in the oil sands regions of Peace River and Cold Lake, Alberta where a series of different restoration strategies were tested, including the complete and partial removal of the former well pad’s mineral soil and clay layers, as well as re-introduction of specific plant species or natural re-vegetation. While the complete removal of a well pad favors the development of shallow open water sectors with aquatic vegetation, the partial removal of the mineral soil promised to achieve a well-adjusted leveling of the residual well pad with the surrounding fen ecosystems, and obtain an optimal water table level to stimulate natural fen revegetation Imperial Oil Resources. (2007). In 2007, Vitt et al. (2011) attempted to imitate fen initiation via paludification, by restoring peatlands directly on the mineral substrate of the well pad. Pioneer plant species were introduced and the water table level was well managed, in order to promote plant succession for the development of organic matter accumulation over time (Vitt et al., 2011; Koropchak et al., 2012). The introduction of sedge species known to colonize early stage fens proved successful, if hydrological conditions were maintained (Wieder and Vitt 2006; Vitt et al., 2011; Vitt et al., 2012; Koropchak et al., 2012). Another peatland initiation technique was tested in 2009, focusing on the transfer of moss propagules (Sphagnum sp.) in addition to the introduction of vascular plant species (Gauthier 2014; Gauthier et al., 2018). This study clearly illustrated the importance of choosing characteristic fen moss species over bog moss species for mineral wetland restoration after well pad disturbances (Gauthier 2014).
The investigated fen restoration techniques in this study represent some first trials to restore Canadian in-situ oil sands well pads in the boreal region, hence, the outcomes have not been studied before and no best practice has been established to restore former in-situ oil sands well sites. Since the restoration of characteristic peatland functions such as C sequestration and peat accumulation is targeted, our aim was to evaluate the impact of fen restoration techniques on different ecosystem attributes, such as greenhouse gas emission rates and primary production. In this paper we will focus especially on the net ecosystem exchange (NEE) of CO2 and CH4 flux dynamics of spontaneously emerged vegetation communities and of communities with intentionally re-introduced species, in restored fens impacted by mineral substrate. Comparisons will be made to regional peatland reference ecosystems. We hypothesize that the net C uptake will be most similar to the rate of reference ecosystems when 1) characteristic fen vegetation species are present, and also when 2) biogeochemical conditions, such as nutrient rates, pH and electric conductivity, are most similar to reference peatlands. We further hypothesize that 3) CH4 emissions are enhanced through the complete well pad removal, as in the process created depressions and permanently saturated conditions enhance methanogenesis.
METHODS
Study Sites
This study was conducted in two different research areas in the Peace River and Cold Lake oil sands regions in northern Alberta, Canada (Figure 1). Two decommissioned in-situ oil sands well pads and three adjacent reference ecosystems served as study sites. Both well pads were about 100 m by 100 m in size and were constructed in the following manner: first, trees and taller shrubs were cut, then a geotextile was placed over the remaining vegetation upon the original peatland, and then 1–2 m compacted clay was laid down on the top of it to stabilize the “swampy” ground before the oil extraction equipment and infrastructure were installed.
[image: Figure 1]FIGURE 1 | The study sites, two restored in-situ oil sands well pads, situated within the oil sands regions of Peace River and Cold Lake. Both sites are located in the Boreal Mixedwood ecoregion of boreal Northern Alberta.
Well Pad in the Peace River Oil Sands
Located 35 km northeast of the city of Peace River, Alberta, one well pad was constructed within a wooded bog ecosystem (56°23'0.95"N, 116°46'43.43"W). In the adjacent bog, a natural undisturbed sector was chosen as one REF for this study (see Reference sites; Figure 2). Peace River, the well pad’s name from here on, is located in the Dry Mixedwood natural region of Alberta’s boreal region (Beckingham and Archibald 1996), with 70% of its annual precipitation falling between April and August, while the annual average precipitation reaches 386 mm (Government of Canada 2019). The average frost free period is 112 days with average daily temperatures of 13°C between May and September (Government of Canada 2019). Wooded and shrubby fens dominate in this region, while sedge fens and bogs are rather seldomly encountered (Natural Regions Committee 2006).
[image: Figure 2]FIGURE 2 | The Peace River well pad (white outline) is located within a wooded bog ecosystem, which serves as reference ecosystem (BOG) in this study. In two restored sectors of the well pad, the mineral soil was partially removed (PR) to 15 cm (PR-15) and to 5 cm (PR-5) above the water table of the adjacent peatland. Yellow dots indicate measurement plots.
Peace River was decommissioned in 2000, 20 years post construction. The unaltered original well pad was reclaimed with herb seedings of Melilotus alba and M. officinalis, which were spread atop of the compacted clay surface. In 2007, the site was offered to a research group for a restoration experiment based on the principles of ecological restoration, to assist the return of a peatland. On the east side, a band of the well pad (30 by 100 m) was used to trial treatments to initiate fen development on mineral soil (Vitt et al., 2011; Koropchak et al., 2012). The experimental area was divided into two sectors (Figure 2). Within one sector, the clay fill was partially removed in order to create a surface profile sitting on average 4–6 cm above the water table level of the adjacent bog. In this study, we refer to this treatment as partial removal with water table at 5 cm (PR-5). Within the second sector, less clay was removed so that the grading would create a surface profile being on average 15 cm above the bog’s water level (PR-15). In both sectors, different soil and fertilization amendments were then applied (see Vitt et al., 2011 for details), while Larix laricina, Salix lutea and Carex aquatilis were planted. Ten years following this study, we observe in PR-5 some S. planifolia and S. exigua present among the very dominant C. aquatilis, while in PR-15 L. laricina, S. planifolia and S. pyrifolia were well developed among the mix of dominating Calamagrostis inexpansa and C. aquatilis. To minimize possible effects of the type of soil amendments on the greenhouse gas dynamics, the measurement plots installed in the present study were chosen within amendments as natural as possible, such as commercial peat, slough hay and control plots without any amendment (Vitt et al., 2011; Koropchak et al., 2012).
Well Pad in the Cold Lake Oil Sands
The second well pad in this study is located 33 km northwest of the city of Cold Lake, Alberta (54°41'10.82"N, 110°30'59.75"W). Cold Lake, what this second well pad will be named from here on, was partially constructed on upland, partially in a wooded rich fen characterized by tall trees and partially in a wooded extreme-rich fen, characterized by shrub-sized tree species (see Reference sites; Figure 3). Within each of these two fens adjacent to the well pad, at least 10 m away from any disturbance, a sector was chosen as REF: 1. treed rich fen (TRF) and 2. shrubby extreme-rich fen (SRF). Cold Lake lies in the moist Central Mixedwood ecoregion of boreal Alberta (Beckingham and Archibald 1996), with an annual average of 421 mm precipitation, an average frost free period of 116 days and a daily average temperatures of 13.9°C during the summer months (Government of Canada 2019).
[image: Figure 3]FIGURE 3 | The Cold Lake well pad (white outline) is located within a mosaic of uplands and wetlands, which serve as reference ecosystems (TRF = treed rich fen, SRF = shrubby extreme-rich fen). Blue shaded sectors are restored areas where different restoration techniques of complete and partial mineral soil removal were tested (CR = complete removal, PR-0-D/W and PR-0-E = partial removal of mineral soil to near the adjacent fen ecosystems, with high/dry (D) and low/wet (W) microforms, and with even ground (E)). The gray shaded unrestored sector (UNR) serves as a control sector on the former well pad’s residual mineral soil. Yellow dots indicate measurement plots.
Cold Lake was decommissioned in 2003, only one year after its construction, due to drilling problems caused by underlying shale. The well pad was subject to different restoration techniques between 2008 and 2009. The central part of the well pad was kept intact in order to continue operating a monitoring well (unrestored study sector, UNR hereafter, Figure 3). For another part, a complete removal of all introduced building materials (mineral substrate and geotextile) was achieved in spring 2008 (complete removal, CR). In this complete removal sector, a shallow open water area established due to compaction of the underlying peat by the weight of the mineral material. For a third part of the pad, a partial removal of the mineral substrate was carried out successively during 2008 and 2009, as done at Peace River. The goal was to obtain a surface elevation similar to that of the surrounding fens, where water table is close to surface elevation (PR-0). All restored sectors of Cold Lake were left to revegetate spontaneously, with the reasoning that the surrounding wetlands could provide a natural source of diaspores by dispersion. By 2017, emergent aquatic vegetation and a floating moss carpet with sedges and emergent Salix sp. and Betula sp. had formed in the CR sector. We separated the PR-0 sector into two areas with diverse ground relief, where different marsh-like vegetation communities had established. One part is characterized by an uneven relief forming drier and wetter microhabitats, where dominant Typha latifolia, Salix sp., and sedge communities formed (named PR-0-D/W, D for dry and W for wet). The other sector’s ground relief is even, and a diverse moss layer formed between abundant Equisetum spp. and T. latifolia (named PR-0-E, E standing for even).
Reference Sites
Three peatland REF served as monitoring sites for comparison: BOG (56°22'59.50"N, 116°46'38.60"W; Figure 2), a wooded bog, had a characteristic tree and shrub vegetation composition of Picea mariana, Rhododendron groenlandicum, Chamaedaphne calyculata and Vaccinium vitis-idaea, as well as a dense moss layer with Sphagnum fuscum, S. rubellum and Ptychostomum pseudotriquetrum. TRF (54°41'8.88"N, 110°31'4.06"W; Figure 3), a wooded rich fen, had a distinct tree layer with P. mariana and Larix laricina, a shrub layer with R. groenlandicum and a ground layer with Equisetum hyemale, Menyanthes trifoliata and moss species, such as Aulacomnium palustre, Helodium blandowii and Tomentypnum nitens. SRF (54°41'14.80"N, 110°31'0.54"W; Figure 3) was a wooded extreme-rich fen with abundant Betula pumila, Salix sp. and L. laricina that formed a shrub mosaic with abundant herbaceous vegetation like Equisetum sp., M. trifoliata, Triglochin maritima, and sedges, such as Carex lasiocarpa, C. interior, and C. sartwellii.
Measurement Plots
Within all study sites (Supplementary Figure 1A–I)., monitoring sectors were selected according to the restoration technique applied (see Well pad in the Peace River Oil Sands and Well pad in the Cold Lake Oil Sands) and according to the most representative natural state of the reference sites (see Reference sites). Special focus was placed on the vegetation development resulting from differing microforms (Table 1). Microforms were considered either for different elevation, such as hummock/hollow (i.e., in BOG), or for different moisture gradients, such as dry/wet/even (i.e., high lawn with shrubs/low lawn with sedges and mosses/even lawn with mosses). Triplicate measurement plots were selected in each microform within each of the eight study sectors (n = 48) where measurements of CO2, CH4, and abiotic data took place (Figures 2, 3). Each measurement plots was defined by a metal collar of 60 × 60 × 20 cm size that was inserted approximately 17 cm deep into the ground, and which served as a base for the gas flux chamber. All plots were accessible via boardwalks in order to mitigate ground disturbance around the installed collars, during measurements. At each plot, data was collected biweekly during the regional vegetation period from May to September of both monitoring years, 2017 and 2018. The large distance between the sites, as well as weather and industry related constraints made a higher sampling frequency impossible to achieve. This data collection corresponded to 10–11 years post-restoration for Peace River and 8–10 years for Cold Lake.
TABLE 1 | Site characteristics for the unrestored and restored sectors on two former in-situ oil sands well sites in Peace River and Cold Lake and three reference sites (SRF, TRF, BOG). Monitoring sectors were selected according to the representativity of the natural state, restoration and re-vegetation technique.
[image: Table 1]Carbon Dioxide Exchange
Measurements of carbon dioxide fluxes were assessed between May 17 and September 28 in 2017 and between May 14 and August 14 in 2018. Fluxes were measured using a dynamic closed chamber technique with a portable infrared gas analyzer (EGM-4) fitted with a PAR Quantum sensor (both PP Systems, Amesbury, MA, USA) that was placed on top of the chamber during measurements. The 60 × 60 × 30 cm large clear polyethylene chamber was equipped with two standard computer fans connected to an external 12 V battery for air circulation, a thermocouple wire to connect to an external type K thermometer (Sper scientific, Scottsdale, AZ, USA), and two tube adapters to connect the IRGA, in order to exchange the sampled air in a circular flow. During measurements, the chamber was fit into the collar’s u-profile rim, which we then filled with water in order to create an airtight seal. In sample plots, where water levels were too high to install collars (CR-W) or collars were submerged (PR-0-W) at certain times, the chamber was fitted with a Styrofoam collar, enabling it to float on the surface. In plots, where shrubby vegetation was too large to fit in the 30 cm high chamber, a 60 cm tall extension made likewise from clear polyethylene, with a u-profile collar at the upper edge, was stacked under the chamber. To account for the enlarged chamber volume, calculations for the flux analysis were accordingly adjusted. Readings of CO2 concentration (ppm), PAR (µmol m−2 s−1) and temperature in the chamber (°C) were recorded in a 15 s interval during 105–120 s. Measurements of net ecosystem exchange (NEE) were repeated under full light conditions and imitating different light conditions through shading of the chamber and the PAR sensor with a mesh material. One mesh cover created 25% shading and a second cover imitated up to 48% covered conditions. Ecosystem respiration (Reco) was determined 8–10 min after full light conditions were captured, by blocking all incoming PAR with an opaque tarp covering both the chamber and PAR sensor. Between each measurement imitating different light conditions, the chamber headspace was vented to adjust to ambient conditions.
Methane Emissions
Methane fluxes were measured bi-weekly eight times each year between May 17 and September 28 in 2017 and between May 14 and August 24 in 2018. CH4 concentration was determined using a closed static chamber technique with opaque polyethylene chambers of the same dimensions as for CO2 measurements. Chambers were darkened with standard spray-paint, aluminum-colored to reduce heating during the flux measurement. Chamber equipment included one standard computer fan for air circulation connected to an external 12 V battery, a thermocouple connected to an external thermometer and one tube with a three-way-valve in order to extract gas samples. All wires and tubes exited the chamber via a rubber plug that fills a hole (5 cm diameter) in the chamber top. At the same time, the rubber plug served as a regulator for possible build-up of air pressure inside the chamber when fitting the chamber to the collar. Again, water poured into the u-profile rim of the collar created an airtight seal of the chamber headspace. Gas samples were taken at 7, 15, 25, and 35 min after chamber closure using a standard 20 ml disposable syringe connected to the three-way-valve. A 20 ml gas sample from the chamber headspace was stored in a 12 ml round bottom Exetainer vial with a septum lid (Labco Limited, Lampeter, Wales, United Kingdom). The created overpressure was necessary in order to prevent any ambient air leaking in. Also, septum lids were discarded after the third use, in order to prevent any leakage due to repeated piercing. Gas samples were sent to the Wetland Soils and Greenhouse Gas Exchange Laboratory at the University of Waterloo, ON for analysis. Analysis for CH4 concentrations was done with a Shimadzu GC2014 gas chromatograph equipped with a flame ionization detector (Shimadzu Scientific Instruments, Kyoto, Japan).
Environmental Parameters, Soil and Water Chemistry
At each plot, manual measurements of water table level and soil temperature (ST) were taken biweekly at the same time as flux measurements. Water level was measured at each spot in perforated pipes, serving as well tubes, that were covered with nylon mesh to prevent silting. These were inserted about 50–100 cm deep into the ground. ST was measured at 2, 5, 10, 15, 20, 25, and 30 cm with a thermocouple probe temperature sensor and reader (Digital thermometer, VWR, Radnor, PA, USA). Water chemistry (pH and electrical conductivity) was measured in August of both 2017 and 2018 with an Orion Versastar Advanced Electrochemistry Meter (Thermo Fisher Scientific Inc., Chelmsford, MA, USA).
Soil samples were collected in August 2018 at each measurement spot and were analyzed for plant available nutrient concentrations of ammonium (N-NH4+), iron (Fe), phosphate (P-PO43−), and sulfate (S-SO42−) as well as for DOC, as these elements were considered indicators of nutrient status and redox state. Analysis for P-PO4, and S-SO42- were done using a FIA Quikchem 8,500 Series 2 (Lachat Instruments, Milwaukee, WI, USA). Fe and N-NH4+ were analyzed via an ICP Agilent 5110 SVDV (Agilent Technologies Inc., Santa Clara, CA, USA). Solutions for DOC analysis were produced via 1:3 soil to water mixtures from soil samples taken within the top 10 cm at each plot. Filtration was done the following day through a 0.45 µm glass fiber filter and stored at 4°C until being analyzed at the Physical Geography Laboratory at the University of Calgary with a TOC-L analyzer (Shimadzu Scientific Instruments Inc., Columbia, MD, USA).
Environmental data of soil temperature (GS3 sensor) and water temperature (CTD-10 sensor) was continuously recorded via EM 50 data loggers (Meter Group Inc., Pullman, WA, USA) from May to September 2017 and May to August 2018. Water tables were also continuously measured with a levelogger (Solinst Canada Ltd., Georgetown, ON) inside a well tube, while the atmospheric pressure for calculating corrected water table level was measured with barologgers (Solinst Canada Ltd., Georgetown, ON) at each site. Additionally, continuous meteorological data of air temperature, precipitation (ECRN-100 sensor), and photosynthetically active radiation (PAR; PYR sensor) was recorded. At Cold Lake, the data recording station was installed directly on the well pad, whereas at Peace River, only environmental data was recorded on site, while the weather station was set up at a nearby restored well pad (approximately 7 km).
Vegetation
The vegetation survey was done within the different sectors during the peak of the vegetation period, in August of both monitoring years. The cover percentage of each vegetation stratum, as well as the percentage of water, bare peat and litter present, was surveyed in all survey quadrats. For each stratum, an additional focus was put on important plant groups, i.e., Ericaceae in the shrub strata, sedges in the herbaceous strata, and Sphagnum sp. in the moss stratum. Within each sector, five vascular plant surveys were done using a 1 m2 survey quadrat and 20 Bryophyte surveys were done using a 625 cm2 survey quadrats. According to the survey type, all plant species were identified to species level while their respective percentage cover and height (in cm) were noted. We determined if a given species, including vascular and moss species likewise, was characteristic of the different fen types found in Alberta, following (Environment and Parks 2017). From here on we refer to these species as fen typical plant species.
Data Analysis
Instantaneous CO2 and CH4 fluxes
NEE (g CO2 m−2 d−1) was calculated according to the linear change of measured CO2 concentration over time, considering collar surface area, chamber volume and air temperature. Gross ecosystem productivity (GEP) was then calculated according to Eq. 1, considering measured NEE and Reco,
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Following the atmospheric sign convention, we use negative values to indicate uptake by the ecosystem from the atmosphere, while positive values indicate the release of carbon dioxide and methane. During data cleaning 1% of the data was discarded, including fluxes without a linear change in concentration over time and negative values of Reco.
Methane fluxes (mg CH4 m−2 d−1) were calculated according to the linear change of CH4 concentration over time, in consideration of collar surface area, chamber volume and air temperature inside the chamber. When concentration was low (<3 ppm) and changed less than 0.5 ppm (precision of the sampling and analysis method), respective fluxes were set to 0. In cases where no obvious trend was recognized and where no linearity was achievable, the flux data was rejected. Rejection occurred also in cases of a negative curve following high starting values (>5 ppm). These fluxes are considered as evidence of ebullition caused by ground disturbance during chamber placement and do not represent regular CH4 fluxes. Following this data cleaning procedure, 5% of the data were discarded.
Statistical analyses were done in R 3.6.0 (R Core Team 2019). The package “ggplot2” was used to create figures (Wickham 2016). Analysis of histograms, residuals and the Shapiro-Wilk test for normality indicated that data was not normally distributed in all cases, but no transformations were able to improve the distribution to normality. Despite the non-normally distributed data, we are confident in reporting on one-way ANOVA results, because of the ANOVA’s robustness, where we fit linear models with “microform” as fixed factor and “plot” as random factor. We achieved additional validation by comparison with the results of a non-parametric Kruskal-Wallis test. The Kruskal-Wallis test was validated with a Conover-Iman post-hoc test after Bonferroni adjustment using the package “conover.test” (Dinno 2017), and results were consistent with the ANOVA output. Furthermore, we performed pairwise comparisons using the “emmeans” package and a Tukey Honest Significant Differences (HSD) post hoc analysis with 95% confidence interval (Lenth 2019). We further performed multiple comparisons of treatments between groups with the “agricolae” package (DeMendiburu 2019), in order to complete figures with letters for groups with statistical significant differences. All ANOVAs for NEE and GEP included PAR values >1,000 μmol m−2 s−1 to obtain rates for CO2 uptake that were not limited by light availability (Bubier et al., 2003). A statistical significance was accepted when p < 0.05.
Environmental Influence on Greenhouse Gas Fluxes
Linear regressions were used to further investigate the effect of vascular plant and moss cover, especially of FTP, and water present in the measurement plots, using the lme function (linear mixed effects) in the “nlme” package (Pinheiro et al., 2019). Regressions were calculated between mean seasonal fluxes of CO2 and CH4, and nine independent variables including water table level (WTL), soil temperature at 5 cm depth (ST5), cover of fen typical plant species (FTP), and of all plant functional types (trees, shrubs, ericaceous, herbaceous, sedges, mosses, Sphagnum) and surface available water, litter and bare soil, while plot functioned as a random factor to account for repeated measures over the two years. Package “MuMIn” was used to determine the marginal and conditional R2 (Bartoń 2020). We used a principal component analysis (PCA) to examine the variation among measurement plots considering biotic and abiotic data, and furthermore to explain the variables' contribution to the observed differences among the plots.
Seasonal Carbon Balance
The seasonal carbon balance was estimated according to Eq. 2, where the seasonal GEP (g CO2 m−2 h−1) modeling was done following Baird et al. (2019), fitting a two-parameter model with PAR values in a non-linear regression:
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The model parameters are given physical meaning as α represents the slope of a rectangular hyperbola, Q, and gross photosynthesis GPmax is the asymptotic limit theoretical maximum (Baird et al., 2019).
Modeling Reco (g CO2 m 2 h 1) was done following Renou-Wilson et al. (2014), who considered water table level (WT) and soil temperature in order to factor in the different microforms’ diverse moisture regimes, using the Eq. 3:
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where a, b, and c are model parameters, TRef is the reference temperature of 283.15 K, T0 is the temperature at biological activation (227.13 K), and TSoil is the measured soil temperature at 5 cm depth (Lloyd and Taylor 1994). Model parameters a, b, and c for the seasonal carbon models of GEP and Reco were calculated using the nonlinear least squares (nls) function in R. GEP and Reco were estimated in half-hourly intervals, averaged and summed for the growing season between May 17 to August 31 in 2017 and between May 22 to September 5 in 2018.
The models’ form was evaluated considering statistically significant parameters and the highest possible correlation coefficient between measured and modeled values.
For each collar we fitted an individual model per year, after exploration of the data suggested that models fits were improved by dividing the data. Due to smaller GEP values caused by springtime conditions such as low temperatures and less photosynthesizing vegetation cover in the early season in 2018, we additionally divided the season into early season (May 22 until June 5, 2018) and late season measurements (June 6 to September 6, 2018) for each sector and fit separate models for each collar per season.
Seasonal CH4 fluxes were estimated by multiplying the measured mean flux values with the number of days for each growing season, following Baird et al. (2019).
RESULTS
Environmental Parameters, Soil and Water Chemistry
The climatic conditions observed during the time of the study were well within the range of the Dry Mixedwood ecoregion’s dry climate in Peace River, and the Moist Mixedwood ecoregion’s humid climate in Cold Lake (Figure 4). During both years of data recording, Cold Lake was characterized by about twice as many rain days as the region of Peace River and even shows consistently higher precipitation data as compared to the 1981–2010 climate normal average of ∼213 and ∼246 mm (Environment and Climate Change Canada 2019). In both regions, the year 2018 was characterized by much wetter conditions than 2017 (Supplementary Table 1). Due to the higher precipitation in 2018’s field season, water table level in the restored and reference sectors were accordingly higher especially in the Peace River region (Table 2). We observed an average rise in water table level of 10.4 cm in the restored sectors, compared to an average rise of 5.6 cm in the reference sectors.
[image: Figure 4]FIGURE 4 | Precipitation (mm) and air temperature (°C) measured at a meteorological station on restored in-situ oil sands well pads in the Peace River and Cold Lake Oil Sands, during the monitoring period (May 17 until September 9) in the years 2017 (A+C) and 2018 (B+D).
TABLE 2 | Mean ± SD water table level (in cm), pH and electric conductivity (EC in µS cm−1) in all different restoration sectors a on two well pads PRIV and CLAK and three reference ecosystems. Negative values signify a water table below the soil surface, and positive values signify a water table above the soil surface.
[image: Table 2]The restored sectors PR-5 and PR-15 at Peace River, that were restored by partial removal of the former well pad mineral soil, showed higher values of water pH and electric conductivity in 2017, compared to the water chemistry conditions of wooded fens at SRF and TRF adjacent to Cold Lake, which had lightly more acidic but brackish milieu, with moderate salinity and elevated electric conductivity (Table 2). In 2018, the pH of PR-5 and PR-15 were lower and comparable to the conditions of the adjacent acidic BOG. Here, the values were consistently characteristic for ombrotrophic bogs throughout both years, with highly acidic and oligotrophic conditions (Alberta Environment and Sustainable Resource Development (ESRD) 2015). In all other restored sectors, PR-0 and CR at Cold Lake, fen conditions were maintained throughout both years, where the electric conductivity of water declined in the second year on average by 129 μS cm−1 compared to the previous year, and pH stayed quite stable throughout both years. The same trend in the drop of electric conductivity and water pH can be seen in the unrestored sector UNR. TRF and SRF water chemistry remained quite consistent during both study seasons, with high pH and slightly brackish conditions typical for fens.
Acidic soil conditions were maintained in all restored sectors and BOG throughout 2018 (Table 3). The only outlier with a slight alkaline pH 8 was observed at UNR. EC of the soil remained notably higher in all unrestored and restored sectors, compared to the REF sectors. Dissolved organic carbon (DOC) in the REF was on average 19 mg L−1 higher than in the restored sectors. Comparisons of the average plant available nutrient concentrations of iron, ammonium, phosphorus and sulfur reveal mean concentrations found in the restored sectors were below values found in REF. Only the shallow open water sector CR-D showed REF-equivalent concentrations. In PR-15 and PR-5 we noted exceptionally high sulfur concentrations (5,608 and 1,638 mg S-SO42− l−1, respectively). Highest sulfur concentration found in the REF, was measured in BOG-D.
TABLE 3 | Mean ± SD soil pH and electric conductivity (EC in µS cm−1), as well as mean dissolved organic carbon (DOC in mg 1–1) and plant available soil nutrient supply rates (in mg 1–1) of ammonium (N-NH4+), iron (Fe), phosphorus (P-PO4) and sulfur (S-SO42−), in all monitoring sectorsa in 2018. BDL stands for values below detection limit (detection limit for Fe 0.12 μg L−1).
[image: Table 3]According to the principal component analysis (PCA), the first two components explain 48,9% of the variation in biogeochemistry among study plots (Figure 5). Chemical differences are represented in PC1, while PC2 depicts mostly the impact of vegetation and hydrology. The Kaiser-Meyer-Olkin test for sampling adequacy of variables reached 0.57 (Dziuban and Shirkey 1974). Six of the 17 components showed an eigenvalue larger than 1, accounting for more than 81% of the variation. The two variables with the highest loadings are DOC and Fe concentration. A strong clustering according to microforms, especially distinctive between the restored and REF sectors, can be seen (Figure 5). Restored and reference sectors are clearly separated along PC1 with REF sites having higher N-NH4+, and lower S-SO42− and electric conductivity. REF sites were further separated along PC2 depending on differences in vegetation cover, hydrology and pH. Restored sites where fill was removed or scraped to near surface level (PR-0) were closer to the REF sites along PC1 than those sites with thicker fill remaining. CR-W was separated from other sites along PC2 due to deep inundation.
[image: Figure 5]FIGURE 5 | Principle component analysis (PCA) of microforms, according to environmental controls of water table level (WTL), soil temperature at 5 cm depth (ST5), soil pH (pHS) and electric conductivity (ECS), water pH (pHW) and electric conductivity (ECW), dissolved organic carbon (DOC), vegetation survey strata (shrubs, forbs, mosses, water, litter, peat), and plant available soil nutrient supply rates (Fe, NH4, PO4, SO4). Strong clustering of monitoring sectors* can be observed.* Restored sectors: UNR = unrestored, PR-15 = partial removal of mineral soil (MS) to 15 cm above seasonal water table, PR-5 = partial removal of MS to 4–6 cm above seasonal water table, PR-0-D/W = partial removal of MS to surface elevation of surrounding fen reference ecosystem (uneven ground relief with microforms dry (D) and wet (W), PR-0-E = partial removal of MS to near the surrounding fen reference ecosystem (even ground relief), CR = complete removal of mineral soil (MS). Reference ecosystem (REF): SRF = shrubby extreme-rich fen; TRF = treed rich fen, BOG = wooded bog.
Vegetation
The total vegetation cover in restored sectors ranges from 37% (PR-5) to 80% (PR-0-E), compared to 68–95% in REF (Table 4). The high cover in PR-0-E is due to bryophytes covering 54%, which represents the highest moss cover in all sectors. The other restored sectors had similar mix of forbs and mosses, while no especially dominant vegetation strata developed, ranging from a lowest 9% forb-cover in PR-5–45% moss-cover in PR-0-D/W. The shrub-cover of 16% in PR-15 was nearly three times higher than in the neighboring sector PR-5 (4%), while shrub species were planted in both sectors equally during the restoration process. Yet PR-5 is characterized by standing surface water of 40% cover, while PR-15 remains dry. On the other hand, an even higher rate of flooding of 93% water cover in PR-0-D/W does not seem to prevent a natural establishment of plants (67% total vegetation cover) in this sector, of which 7% were shrubs. Considering the fen typical plant species cover, natural fens TRF (74%) and SRF (77%) have more than double the cover compared to the restored sectors PR-15 (31%), PR-5 (34%) and PR-0-D/W (31%). Only for PR-0-E, we can report a fen typical plant species cover (64%) comparable to REF.
TABLE 4 | Mean cover (±SD) in % for plant functional types, water, litter and bare soil (mineral soil or peat), as surveyed in August 2017 and 2018 in all monitoring sectors.
[image: Table 4]Greenhouse Gas Exchange and Seasonal Carbon Balance
GEP fluxes in 2017 were between –104.4 g CO2 m–2 d–1 at PR-15-P, and –0.1 g CO2 m–2 d–1 in SRF-D (Figure 6A). In 2018 on the other hand, lowest GEP fluxes were measured in SRF-W (–89.6 g CO2 m–2 d–1), while CR-W showed highest fluxes with –0.2 g CO2 m–2 d–1 (Figure 6D). NEE in 2017 ranged from –55.9 g CO2 m–2 d–1 in PR-15-P to 34.6 CO2 m–2 d–1 in ERF-W (Figure 6B), and in 2018 from –56.6 g CO2 m–2 d–1 in ERF-W to 20.6 CO2 m–2 d–1 in CR-W (Figure 6E). ANOVA results reveal a significant effect of soil temperature on GEP and Reco in 2017, which is repeated only for Reco in 2018 (Table 5). Microform on the other hand has a consistent significant effect on all fluxes, whereas water table level only has a significant effect on all fluxes 2018. We notice that the wetter the microform, the higher the Reco fluxes (Figure 6)C+F and CH4 fluxes (Figure 7).
[image: Figure 6]FIGURE 6 | Measurements in all monitoring sectors* during the monitoring season of 2017 (A–C) and the season of 2018 (D–F) show the mean gross ecosystem production (GEP in g CO2 m−2 d−1) at a photosynthetically active radiation (PAR) photon flux density ≥1,000 μmol m−2 s−1 (A+D), the mean net ecosystem exchange (NEE in g CO2 m−2 d−1, B+ E), and the mean ecosystem respiration (Reco in g CO2 m−2 d−1, C + F). Groups with the same letters are not significantly different. Statistical results of the ANOVAs for 2017 show GEP: F(17, 359) = 16.43, p < 0.001, adj. R2 = 0.41; NEE: F(17, 376) = 14, p < 0.001, adj. R2 = 0.36; Reco: F(17, 550) = 19.16, p < 0.001, adj. R2 = 0.35. For flux recordings in 2018 the ANOVA results reveal GEP: F(17, 212) = 4.38, p < 0.001, adj. R2 = 0.2; NEE: F(17, 220) = 7.29, p < 0.001, adj. R2 = 0.31; Reco: F(17, 329) = 6.77, p < 0.001, adj. R2 = 0.22.* Restored sectors: UNR = unrestored, PR-15 = partial removal of mineral soil (MS) to 15 cm above seasonal water table, PR-5 = partial removal of MS to 4–6 cm above seasonal water table, PR-0-D/W = partial removal of MS to surface elevation of surrounding fen reference ecosystem (uneven ground relief with microforms dry (D) and wet (W), PR-0-E = partial removal of MS to near the surrounding fen reference ecosystem (even ground relief), CR = complete removal of mineral soil (MS). Reference ecosystem (REF): SRF = shrubby extreme-rich fen; TRF = treed rich fen, BOG = wooded bog.
TABLE 5 | Statistical results of ANOVAs for fluxes in 2017 and 2018.
[image: Table 5][image: Figure 7]FIGURE 7 | Measurements of mean methane fluxes (mg CH4 m−2 d−1) during the 107-days-monitoring seasons in 2017 (A) and in 2018 (B). Groups with the same letters (in separate years) are not significantly different. Microform showed a significant effect on CH4 fluxes in both monitoring years, 2017 (F(15, 292) = 6.75, p < 0.001, adj. R2 = 0.2) and 2018 (F(15, 283) = 7.54, p < 0.001, adj. R2 = 0.3).* Restored sectors: UNR = unrestored, PR-15 = partial removal of mineral soil (MS) to 15 cm above seasonal water table, PR-5 = partial removal of MS to 4–6 cm above seasonal water table, PR-0-D/W = partial removal of MS to surface elevation of surrounding fen reference ecosystem (uneven ground relief with microforms dry (D) and wet (W), PR-0-E = partial removal of MS to near the surrounding fen reference ecosystem (even ground relief), CR = complete removal of mineral soil (MS). Reference ecosystem (REF): SRF = shrubby extreme-rich fen; TRF = treed rich fen, BOG = wooded bog.
Methane emissions were especially high at all submerged and regularly flooded measurement plots that occurred at CR, SRF, TRF-W (Figure 7). The same trend can be noted for extremely wet plots close to the water table level, like PR-0 and PR-5. Microform showed a significant effect on CH4 fluxes (Figure 7). Microforms with highest water table level showed significant effects on CH4 fluxes, where highest averaged methane fluxes of 417 ± 476 mg CH4 m–2 d–1) in TRF-W, 398 ± 711 mg CH4 m–2 d–1 in CR-W, 354 ± 608 mg CH4 m–2 d–1 in SRF-W, and 199 ± 294 mg CH4 m–2 d–1 in SRF-D were observed. The lowest fluxes on the other hand were recorded at the driest sites with 7 ± 20 mg CH4 m–2 d–1 in BOG-D, 1 ± 5 mg CH4 m–2 d–1 in BOG-W, 2 ± 8 mg CH4 m–2 d–1 in PR-15-P, and 7 ± 19 mg CH4 m–2 d–1 in PR-5-P.
In particular CR-W was not comparable with the other restored sectors and behaved in a completely opposite manner, where specifically NEE and GEP in CR-W differed significantly from all other sectors. CH4 fluxes in CR-W and the reference fens showed similarities, whereas all other restored and unrestored sectors were comparable to the reference bog.
Both linear regression analyses to evaluate spatial variation in NEE and CH4 fluxes based on environmental variables, such as vegetation strata, water table level and soil temperature at 5 cm depth were found to be significant (Table 6). While for NEE the significant variables were soil temperature, shrub cover, and forb cover, the significant variables to predict CH4 fluxes were soil temperature at 5 cm, water table level, cover of ericaceous, and cover of sedges. The higher the cover of these plant functional types, the higher the emission rates observed in the respective sectors. Despite wetter and colder weather conditions in 2018, we did not observe a significant effect of climate on CH4 emissions. Compared to the first year, methane fluxes actually decreased by almost 45% in 2018. Furthermore, we cannot confirm any significant relation between NEE or CH4 fluxes and fen typical plant species.
TABLE 6 | Statistical results of multiple linear regressions to predict NEE and CH4 fluxes in 2017 and 2018, based on soil temperature (at 5 cm depth), cover of vegetation strata, and water table level. Marginal R2(m) shows the proportion of variance explained by the fixed factors alone, while the conditional R2(c) describes the proportion of variance explained by fixed factors and the random factor “plot”.
[image: Table 6]Modeled seasonal net ecosystem exchange revealed restored and REF sectors to be greater C sources in 2017 than in 2018 (Table 7). A cumulative two-year total C balance shows that C sinks have established in the restored sectors closest to the water table level, in PR-5, PR-0-D and PR-0-E, and CR-D, ranging from –625 to –67 g C m–2 (Table 8). On the contrary, very wet sectors with inundated conditions, such as PR-0-W, CR-W, and SRF acted as C sources with C emission up to 1,039 g C m–2. Very dry sectors, such as PR-15 and UNR also act as C sources.
TABLE 7 | Cumulative seasonal carbon fluxes of methane (CH4), and net ecosystem exchange (NEE) as a product of gross ecosystem production (GEP) and ecosystem respiration (Reco), for all monitoring sectorsa in 2017 and 2018. Both seasonal calculations were done for a time period of 107 days (17.5.2017–31.8.2017 and 22.5.2018–5.9.2018).
[image: Table 7]TABLE 8 | Cumulative two-year total C balance and global warming potential (GWP) for two 107-days-research seasons in two consecutive years (17.5.2017–31.8.2017 and 22.5.2018–5.9.2018). Calculations of the total C balance include C fluxes of methane (CH4), and net ecosystem exchange (NEE) as a sum of gross ecosystem production (GEP) and ecosystem respiration (Reco).
[image: Table 8]DISCUSSION
Reestablishing hydrological conditions has become the main goal in peatland restoration (Bonn et al., 2016). However, several studies report an increase of CH4 rates during the first years of rewetting of sites previously drained and used for peat extraction, due to higher methanogenesis activity (Jordan et al., 2016; Nugent 2019). Reported greenhouse gas fluxes of restored peatlands range from –90 to –30 g CO2-C m–2 d–1and 3.7–4.2 g CH4-C m–2 d–1 (Strack, Keith, and Xu 2014; Abdalla et al., 2016; Nugent et al., 2018). On the contrary, rates of NEE and CH4 for undisturbed peatlands in the Mixedwood region of the Canadian boreal forest range from –7.6 to –3.1 g CO2 m−2 d−1 and 3–65.8 mg CH4 m−2 d−1 (Webster et al., 2018).
Since complete removal of introduced oil sands well pad construction materials creates open water areas that are not representative of pre-disturbance conditions, we hypothesize that this technique would not be beneficial for peatland restoration efforts and would likely increase carbon emission rates. We further hypothesized that the emergence and a high abundance of fen typical plant species post-restoration, as well as biogeochemical attributes comparable to reference peatlands, would enable the return of net C uptake in restored sectors at rates similar to nearby reference peatlands.
Fen Typical Vegetation Not Improving C Uptake, Whilst Need for Shrub Species
Biogeochemical conditions, specifically nutrient rates, differed greatly between reference and restored sectors. Reference sectors were characterized by high ammonium, phosphate and iron concentrations and did not compare to any restored sector. The sulfur concentration of only one restored sector, PR-0-W, was comparable to the reference fen sectors, while sulfur concentration of all remaining restored sectors were very different than reference sectors. It is likely that the extremely high sulfur concentrations in PR-15 and PR-5 to sulfur compounds in the well-pad materials leaching through the root zone and being held in place by the clay layer (Himes 1998), used for infilling the well pad, which does not allow an exchange between the mineral clay and the peat layer underneath. This effect might be enhanced through decomposing organic matter at the surface, considering the high cover percentage of plant litter (63%) and the low water table level in both sectors. These processes would also explain the low pH in the same sectors despite the residual mineral soil (pH 3.4 in PR-15, pH 3.6 in PR-5) in the second drier year 2018. Indeed during drier conditions, H+ ions might have been produced and dissolved, acidifying the milieu (DeVries and Breeuwsma 1987).
Soil chemistry post-restoration is comparable to characteristic poor fen (pH <5.5 and EC <100 μS cm–1) and moderate-rich fen (pH 5.5–7 and EC 100–250 μS cm–1) conditions (Alberta Environment and Sustainable Resource Development (ESRD) 2015) that come with the acidic and moist environment. The exceptional high ECSoil values in PR-5 and PR-15 might be due to the remnants of various soil amendments, i.e., the application of commercial peat, field peat, slough hay, or woodchips, applied during the restoration work in 2007 (Vitt et al., 2011). We note, that the chemical conditions depicted for CR depicts conditions found in CR-D and no represent well CR-W, because soil sampling was not possible in deep water.
Despite the chemical differences at the restored well-pads, vegetation re-established among all restored sites. We observed a fen-like vegetation recovery in sectors that were most closely leveled with the water table level of the surrounding ecosystem. This effect was especially true of the moss layer. However, we could not confirm a higher abundance of fen typical plant species the closer the restored sectors are leveled to the water table level. We had expected to observe a gradient of low abundance of fen typical plant species in the sectors with a highest distance to the water table level, PR-15, to a high abundance of fen typical species in the sectors with the shortest distance and most even level to the water table level, PR-0-E. Indeed, the highest cover of fen typical species in restored sectors (64%) was observed in PR-0-E, but among the remaining sectors with partially and completely removed mineral soil, and even the unrestored sector, there was no difference in the fen typical species cover. Water table level is an important driver of vegetation re-establishment on residual mineral soil (Vitt et al., 2011; Howie et al., 2016), but it does not appear to be a crucial factor for fen typical plant species to distribute. While Halsey et al. (1998) consider the mineral soil’s larger grain size (i.e., glaciofluvial and eolian deposits) with high hydraulic conductivity to be an important driver for peatland development, our findings indicate that achieving an elevation similar to the surrounding peatland is likely sufficient for the establishment of typical fen plant communities.
Furthermore, we cannot confirm that the cover of fen typical plants improved the C sink function considerably. In fact, we found no significant relationship between the cover of fen typical plant and either CO2 or CH4 exchange. While the species composition in PR-0-E was most comparable to a reference fen ecosystem and the C sink function seems to have returned to this sector, CH4 fluxes were not drastically decreased. This might be due to the high cover of sedges (24%), such as Carex sp. and Typha latifolia, with their large aerenchymatic systems and abundant root biomass that are known to promote CO2 emissions and are more likely to enhance C emissions to the atmosphere rather than C uptake (Bellisario et al., 1999; Strack et al., 2016; Rupp et al., 2019). These species were also well-established in the sectors with partially removed mineral soil, PR-15, PR-5 and PR-0. Overall, it appeared that the presence of plant cover in general and the position of the water table level were the drivers of the net carbon balance observed in each restoration treatment.
On the contrary, other studies show that species identity, and especially the presence of Carex aquatilis was important for C sequestration at restored fens, specifically in combination with moss species (Hassanpour Fard et al., 2019; Murray et al., 2019). The floating moss carpet CR-D displays very well the positive effect of this combination of fen typical vegetation on C accumulation and greenhouse gas fluxes, where the total carbon emission rates of the emerging floating moss carpet in CR-D (>7.2 g C m–2 d–1) are almost 85% lower than in the open water sector CR-W. The development of the floating moss carpet in this sector was favored by proximity to the adjacent peatland with moss able to grow out from the edge of the open water area, but this result cannot be applied in case of the removal of an entire well pad of 1 ha where much of the area would be far from the edge. In that case, the development of vast shallow open water will cause wave development and too rough water movements for a moss carpet to establish (Blievernicht et al., 2007; Gaudig et al., 2013). At the same time the vegetation that developed in CR-D accommodated the second highest cover rate of fen typical plant species (7%), including species such as Carex aquatilis, C. diandra, Drepanocladus aduncus, D. polygamus, and Menyanthes trifoliata.
The highest C sink was found in PR-0-D, a sector defined by a vegetation community including shrub and sedge species. Fen typical plant species in this sector included Andromeda polifolia, Betula pumila, C. limosa, C. utriculata, Comarum palustre, Ptychostomum pseudotriquetrum. Opposed to herbaceous species, shrub species store C in their woody structures and in combination with their smaller root structure, emit lower rates of CO2 to the atmosphere (Rupp et al., 2019). Furthermore, because of their overwintering photosynthesizing leaves, shrubby and moss species have the advantage to begin C uptake early in the growing season before herbaceous plants species (Arndal et al., 2009). The regression analysis also indicated that shrubby plant species had an effect on NEE and CH4 fluxes. In sectors PR-0-D, CR-D, and PR-5-P, we observed the same trend of highest C uptake, compared to the other restored sectors that act as a source of C. Especially in these three sectors similar plant species composition had established, with high cover of C. aquatilis in combination with various shrub (PR-0-D) and moss (CR-D) species. However, we note that both REF fens TRF and SRF, despite a high cover of shrub species (31% and 32% shrub cover, respectively) in combination with high water table level (32% and 37% water cover respectively), were carbon sources. We note, however, that the tall overstory trees of both wooded reference sectors TRF and BOG were not included in our C flux measurements, which would contribute additional C uptake to the system. Furthermore, tree root respiration rates in TRF and BOG were not considered in our measurements and likely contributed to the Reco measured indicating that actual NEE needs to be adjusted according to previous research (Munir et al., 2017; Munir et al., 2015). report on tree root respiration rates in an ombrotrophic bog in Alberta ranging from 2 ± 0 g CO2-C m–2 in ambient hollows to 70 ± 6 g CO2-C m–2 in warmed hummocks. Several studies describe a strong relation between tree productivity and hydrology, where belowground production and root respiration rates were enhanced in drained conditions (Hanson et al., 2000; Hermle et al., 2010; Munir et al., 2017).
Despite the apparently importance of shrubs, the introduction of plant species in some sectors, even including Salix shrub species, does not seem to have specifically improved the C sequestration at the respective sectors. Considering the high percentage of bare soil in both PR-5 (22%) and PR-15 (16%), as compared to a maximum of 3% bare soil in PR-D/W, the re-vegetation effort does not seem to be more successful than natural revegetation (Prach and Hobbs 2008), which is favorable if landscape factors, such as water table and a nearby abundant species pool, are considered during the restoration process (Konvalinková and Prach 2014). This effect can be seen in the mean cover of fen typical species, such as Betula pumila, C. aquatilis, C. diandra, Comarum palustre, Campylium stellatum, Sphagnum warnstorfii, Tomentypnum nitens, being almost twice as high in PR-0 (43%) where no plants were introduced compared to PR-5 (24%) and PR-15 (22%) where planting occurred. The combination of shrub species and a stable water table at the soil surface, as can be found in PR-0-D, seems to provide best results in returning a C sink function to restored sectors, as well as establishing biogeochemical conditions comparable with REF fen sectors. This effect seems to have greater impact on C exchange, rather than the variable climatic conditions, since despite wetter and colder conditions during the second year, GEP rates were higher than in the previous year with lower precipitation rates and warmer temperatures (Strack et al., 2016).
Enhanced CH4 Emissions After Complete Well Pad Removal
Our third hypothesis that a complete well pad removal would enhance CH4 emissions was confirmed through highest emission rates observed in the permanent open water sector CR-W (21.7–31.9 g C m–2 d–1). Sectors PR-0-W, TRF-W and SRF, with water table level above ground surface, show comparable emissions rates of 11.9–33.4 g C m–2 d–1. While such high CH4 emission rates are normal in undisturbed fens with high water table (Waddington and Roulet 2000; Strack et al., 2006; Bienida et al., 2020), adjusted management practices are available to avoid unnecessary high emission rates in restored wetlands (Strack, Keith, and Xu 2014), just as it has been done in the drier managed microforms PR-0 (<3.9 g C m–2 d–1), PR-5 (<6.1 g C m–2 d–1), PR-15 (<1.4 g C m–2 d–1), which low emission rates endorse this argument. Considering the enormous global warming potential (GWP; Myhre et al., 2013) of the wet sectors of up to 3,807 g CO2-e in CR-W (Table 8), the drier managed sites ranging between –556 g CO2-e and 326 g CO2-e prove to be a powerful argument to pay attention to proper site management and hydrological adjustments. Furthermore, Günther et al. (2020) show that rewetting of drained peatlands should not be feared or avoided, because the positive effects of rewetting for restoration purposes outweighs the rather short-lived radiative forcing of CH4, as opposed to the long-lived impacts of CO2 emissions, when sites remain too dry, and the long-term benefits of recreating net carbon accumulating ecosystem through restoration.
CONCLUSION
After eight to eleven years following restoration, the rates of C exchange in the restored sectors were comparable with the rates of long-time established reference wetlands, although the soil and water chemistry still remained quite different due to the residual mineral soil layer. Regarding our results, we conclude that the C uptake in restored mineral wetlands is most similar to reference peatlands, when vegetation has established and particularly when regional wetland typical shrub species have colonized. The crucial base for vegetation communities to emerge is the proper hydrological management of the site, where the surface elevation should be evenly adjusted to the surrounding ecosystem and as close to the landscape surrounding water table level as possible. It appears that in order to have appropriate chemical fen conditions establish post-restoration, available plant organic matter needs to remain in anaerobic conditions and therefore the water table level is crucial to remain near the surface. However, the development of deep open water sectors is to be avoided at all times. As was observed in flooded conditions in PR-0-W where the water table is >30 cm above surface, and in the shallow open water sector CR-W, with a water table >77 cm above surface, hydrological conditions appeared to be less beneficial to fen plant establishment while driving carbon emissions, resulting in high rates of Reco and CH4 emissions. It is therefore crucial during future restoration work, to level any residual layers of remaining mineral soil with the adjacent peatland ecosystem, in order to obtain a seamless connection and create optimal hydrological conditions in the restored area. Re-introduction of (shrub) species can be neglected, if appropriate hydrological conditions are achieved and a source of peatland species is available in adjacent ecosystems.
The assessment of the biogeochemical conditions in these sectors should continue on a regular, long-term basis in order to monitor the effect of the developing fen vegetation and associated peat accumulation on the soil chemistry. Long-term monitoring is important to maintain in the context of peatland development, as these ecosystems may take several decades to centuries to establish. We again stress the importance of individual management adjustment of in-situ oil mining well pads.
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Globally peatlands store 500 Gt carbon (C), with northern blanket bogs accumulating 23 g C m−2 y−1 due to cool wet conditions. As a sink of carbon dioxide (CO2) peat bogs slow anthropogenic climate change, but warming climate increases the likelihood of drought which may reduce net ecosystem exchange (NEE) and increase soil respiration, tipping C sinks to sources. High water tables make bogs a globally important source of methane (CH4), another greenhouse gas (GHG) with a global warming potential (GWP) 34 times that of CO2. Warming may increase CH4 emissions, but drying may cause a reduction. Predicted species composition changes may also influence GHG balance, due to different traits such as erenchyma, e.g., Eriophorum vaginatum (eriophorum) and non-aerenchymatous species, e.g., Calluna vulgaris (heather). To understand how these ecosystems will respond to climate change, it is vital to measure GHG responses to drought at the species level. An automated chamber system, SkyLine2D, measured NEE and CH4 fluxes near-continuously from an ombrotrophic fen from August 2017 to September 2019. Four ecotypes were identified: sphagnum (Sphagnum spp), eriophorum, heather and water, hypothesizing that fluxes would significantly differ between ecotypes. The 2018 drought allowed comparison of fluxes between drought and non-drought years (May to September), and their recovery the following year. Methane emissions differed between ecotypes (p < 0.02), ordered high to low: eriophorum > sphagnum > water > heather, ranging from 23 to 8 mg CH4-C m−2 d−1. Daily NEE was similar between ecotypes (p > 0.7), but under 2018 drought conditions all ecotypes were greater sources of CO2 compared to 2019, losing 1.14 g and 0.24 g CO2-C m−2 d−1 respectively (p < 0.001). CH4 emissions were ca. 40% higher during 2018 than 2019, 17 mg compared to 12 mg CH4-C m−2 d−1 (p < 0.0001), and fluxes exhibited hysteresis with water table depth. A lag of 84–88 days was observed between rising water table and increased CH4 emissions. A significant interaction between ecotype and year showed fluxes from open water did not return to pre-drought levels. Our findings suggest that short-term drought may lead to a net increase in C emissions from northern wetlands.
Keywords: drought, blanket bog (peatland), carbon, methane, CO2, greenhouse gas, climate change
INTRODUCTION
Peatlands are found across the northern hemisphere and are a globally important store of approximately 500 Gt carbon (C) (Yu, 2012). These ecosystems have accumulated ca. 23 g C m−2 y−1 following the last ice age through peat formation from undecomposed organic material due to the prevailing cool wet conditions (Billett et al., 2010). As a sink of carbon dioxide (CO2) they act as an important brake on anthropogenic climate change (Strack and Waddington, 2008). Due to the anaerobic conditions caused by high water tables, these bogs are also a major source of methane (CH4) (IPCC, 2014), an important greenhouse gas (GHG) with a global warming potential (GWP) 34 times that of CO2 (IPCC, 2014).
In the warming climate, rainfall is predicted to become more variable, increasing the likelihood of drought in these landscapes (Arneth et al., 2019). Simulated drought has been shown to decrease the productivity of the common blanket bog species, sphagnum mosses (Sphagnum spp.) (Lees et al., 2019), eriophorum (Eriophorum vaginatum) (Buttler et al., 2015) and heather (Calluna vulgaris) (Ritson et al., 2017). Such a reduction in primary productivity, alongside increased soil respiration (Rs) due to warming (Bond-Lamberty et al., 2004) will, by definition, lead to reduced net ecosystem exchange (NEE) of CO2 (reduced C uptake) and might cause these important C sinks to become sources.
It is further expected that the changing climate will alter the species composition of northern wetlands (Robroek et al., 2017), which may also have an influence on the GHG balance of these systems. A key functional trait of some blanket bog species, including eriophorum, is erenchyma which have been shown to increase (Greenup et al., 2000) and decrease CH4 emissions (Dinsmore et al., 2009). Additionally, pools of water within wetlands are known to be ‘hotspots’ of CH4 emissions (Cooper et al., 2014) and the depth of water table within blanket bog has been shown to have a significant effect on GHG emissions (Dinsmore et al., 2009). Thus, in order to understand how northern peatlands will respond to climate change it is vital to understand how drought will affect the GHG balance at the species-ecotype level. Measuring GHG fluxes at a spatial resolution suitable to achieve this has often been conducted using manual chambers (e.g., Kutzbach et al., 2004; Juszczak and Augustin 2013; Rigney et al., 2018; Rey-Sanchez et al., 2019), but it has been demonstrated that GHGs may exhibit unusual diurnal variation (Keane and Ineson, 2017; Jarveoja et al., 2020), and particularly CH4, may be released in rapid pulses following changes to water table depth (Dinsmore et al., 2009). Since such pulses may contribute a large proportion of the annual GHG flux, it is essential to monitor at a suitable frequency to detect rapid changes in flux dynamics. We therefore used an automated chamber system, SkyLine2D, to measure CO2 and CH4 fluxes quasi-continuously from an ombrotrophic blanket peat bog.
The peatland had been surveyed prior to the study period, and had identified four general ecotypes present, consisting of different functional types: sphagnum, eriophorum, heather and open water. Water depth of the pools was up to ca. 20 cm over sediment and some moss. During the drought period the substrate was exposed when the water table dropped. We followed the fluxes of CO2 and CH4 within the fen over the course of 27 months, starting in August 2017, to investigate how GHG fluxes differed between areas dominated by different ecotypes. Since peatland pools are known to be important sources of CH4 (Waddington and Roulet, 1996; Pelletier et al., 2014), we hypothesized that CH4 fluxes would be highest from the open water and, due to erenchymatous tissue, eriophorum (Greenup et al., 2000; McNamara et al., 2008), and would be lowest from the heather, which prefers drier tussocks. A second hypothesis was that we would detect differences in NEE between ecotypes: faster growth rates of eriophorum and heather (Milne et al., 2002) compared to sphagnum (Bengtsson et al., 2016) would suggest that photosynthesis would be greater in these two ecotypes, though their preference for drier conditions could also lead to greater Rs, countering C uptake. By measuring NEE, we were able to determine the net C balance of these two GHGs, and to investigate their relative contribution toward a net sink or source in this landscape. The study period included the two full growing seasons of 2018 and 2019, very distinct years in which a prolonged drought period (2018) was followed by a year of more typical conditions, enabling observation of response and recovery of the ecosystem GHG balance to the very dry and warm summer conditions that are predicted to occur more often over the coming decades.
MATERIALS AND METHODS
Site Description
All work was undertaken at Mycklemossen, an ombrotrophic mire ca. 100 km north of Gothenburg, Sweden (58.36732626 N, 12.16856373 E, ca. 75 m asl). The site is part of the Skogaryd research catchment, which has been monitored since 2013. Mycklemossen is a hemi-boreal bog-like fen, vegetated predominantly by heather (Calluna vulgaris), sphagnum moss (Sphagnum spp.) and sedges (Eriophorum vaginatum) and during typical conditions the water table is high enough so that there are areas of open water within the mire year-round. In 2018 the mire experienced drought conditions, receiving less rainfall, higher temperatures and more solar radiation than in 2019 (Table 1).
TABLE 1 | Summary of meteorological conditions at Mycklemossen in 2017, 2018, 2019, and 1990–2019. Values are annual means unless otherwise stated.
[image: Table 1]Experimental Design
In January 2017 a transect within the mire, comprising all the vegetation types, was selected and marked out. Spatial blocks were defined along the transect, and within each block replicate points were identified at random and classified as either sedge (eriophorum n = 6), heather (calluna n = 6), sphagnum (sphagnum n = 6) or open water (water n = 6). At each of the 24 measurement points a PVC collar (inner diameter 20 cm, height 10 cm) was inserted ∼2 cm below the soil surface, or into the sediment at the water positions.
GHG Flux Measurements
Surface GHG fluxes were measured along the transect using SkyLine2D, an automated chamber system designed and built at the University of York. For a full description of the SkyLine2D system, see Keane et al. (2018). Briefly, the equipment comprised a single, clear cylindrical chamber (Perspex, inner diameter 20 cm, height 40 cm), suspended from a motorized trolley, programmed to traverse on parallel ropes ca. 2 m above the transect. The ropes were anchored from a vertical aluminum mast at one end and a tree at the other (Figure 1). The system was programmed to repeatedly visit the pre-selected positions on the transect, where the chamber was lowered to sit on a collar to complete a gas flux measurement over a period of 4 min. Upon completion of the programmed chamber closure, the system raised the chamber and moved to the next position to repeat the process. The time taken to complete a full cycle was approximately 2.5 h, which allowed each chamber to be measured ca. 10 times per day.
[image: Figure 1]FIGURE 1 | The SkyLine2D system used for GHG measurements at the Mycklemossen field site.
The headspace gas from within the chamber was circulated in series through a Licor infrared gas analyser (IRGA, LI-8100, Licor, NE, United States) to measure CO2 and a cavity ringdown laser (CRD, LGR U-GGA-91, Los Gatos Research, CA United States) to measure both CO2 and CH4. The chamber design does not include a fan for mixing based upon previous tests: a comparison of fluxes measured with and without a fan and sampling the headspace from the full height profile of the chamber detected no significant differences (Keane et al., 2018), indicating that the flow of the analyser was sufficient to achieve complete mixing of the chamber (see Supplementary Material). Data from both analysers were recorded on a data logger (CR1000x, Campbell Scientific, UT USA). Fluxes of CO2 and CH4 were calculated using linear regression to determine the rate of change of gas concentrations; a deadband of at least 20 s was allowed for the chamber headspace to mix and a window of 90 s was used for CO2 and 240 s used for CH4. Fluxes were adjusted for area, air temperature and gas volume (Mosier, 1989). Further adjustment was made to the CO2 fluxes during daylight hours based upon the light response curve to account for attenuation of light by the chamber material, after Heinemeyer et al. (2013).
Environmental Variables
Air temperature and relative humidity were measured by a HC2S3 sensor (Rotronic, Switzerland) mounted in a ventilated radiation shield at 1.5 m height. Incoming and reflected short- and longwave radiation were measured by a NR01 net radiometer (Hukseflux, the Netherlands) at 3 m height. Precipitation was measured by a tipping bucket rain gauge (SBS500H, Campbell Scientific, United Kingdom). Soil variables including soil temperature (107 thermistors, Campbell Scientific, United Kingdom) and ground water level (CS450, Campbell Scientific, UT United States) were measured at three different locations, representing dry, wet and intermediate conditions, characterized by heather, sphagnum and intermediate vegetation respectively. Soil temperatures were measured at 2, 6, 12, 18, 30, and 60 cm depth at each profile. All meteorological variables were measured at 1 Hz and recorded as 30United Statesmin averages on a data logger (CR1000, Campbell Scientific, UT United States).
Data Processing
All data manipulation, analyses and figures were produced using SAS 9.4 (SAS Institute, CA United States). GHG flux data (for both CO2 and CH4) were quality controlled in the first instance using the R2 statistic of the CO2 flux measurement, with values < 0.9 discarded. Measurements passing this threshold were then assessed using the output statistics from the regression calculation of CH4 fluxes, where regressions with a p value < 0.05 were accepted, while those that did not were treated as zero flux. Data outliers were defined as those ±1.96 standard errors of the mean flux value for each collar and were excluded from the analyses. Data were further filtered to account for overestimation of fluxes during still atmospheric nighttime conditions (Lai et al., 2012; Koskinen et al., 2014). Using the procedure outlined in Jarveoja et al. (2020), fluxes where the mean CO2 concentration for the 20 s period before and after chamber closure dropped by more than 25 ppm where discounted. This led to 329 fluxes being excluded. Differences of NEE and CH4 fluxes between ecotypes and years were investigated using linear mixed effects models, using the differences of least square means as post hoc tests on significant effects. Cumulative fluxes were calculated using trapezoidal integration. Regression models were constructed for the daily means of fluxes and environmental measurements, first testing drivers of individual years, then pooling the data from all years. Further analysis of CH4 fluxes was undertaken by construction of forward stepwise multiple regression models of daily mean flux and daily means of environmental variables.
RESULTS
CO2 Fluxes
NEE of CO2 was characterized by positive and negative (net uptake from the atmosphere) fluxes of CO2 across all ecotypes (Figure 2). The largest range of fluxes was seen during July and August of all 3 years, where photosynthesis was strongest during the daytime and ecosystem respiration during the night-time (Figure 2). A seasonal trend was seen across all years, with fluxes increasing through the spring and decreasing again during autumn. In August 2017, daily mean NEE was negative in both sphagnum and water ecotypes but positive in both August 2018 and 2019. From October 2017 until the end of that year, NEE reduced in daily range and tended toward a daily mean of zero. 2018 was characterized by a reduction in negative CO2 fluxes (Figure 2). Daily mean NEE was almost exclusively positive for all ecotypes in 2018, and by October was again tending toward a net zero flux. The following year NEE was more typical, with daily mean negative fluxes seen across all ecotypes during late April and May 2019. NEE was much more strongly negative during July and August 2019 than in 2018, although the daily mean flux for all ecotypes was positive during this period, most clearly in sphagnum and intermediate ecotypes. Fluxes reduced and trended toward zero by October 2019.
[image: Figure 2]FIGURE 2 | Individual chamber measurements of NEE (gray points) and daily mean (n = 6, black line) of each ecotype.
CH4 Fluxes
All fluxes of CH4 recorded were positive at this site, indicating net release to the atmosphere. A strong seasonal pattern of CH4 fluxes was observed across all years, with highest fluxes occurring during July and August, for all ecotypes (Figure 3), where fluxes in excess of 100 nmol m−2 s−1 were seen from the open water and sphagnum.
[image: Figure 3]FIGURE 3 | Individual chamber measurements of CH4 (gray points) and daily mean (n = 6, black line) of each ecotype.
Cumulative Fluxes
Flux measurements began in autumn 2017 toward the end of that year’s growing season. This is reflected in the positive cumulative flux of CO2 (Figure 4) for all ecotypes that year. In 2018, from the start of April, the accumulated flux of CO2 was positive and never dropped below zero for any ecotype, indicating a loss of carbon from the mire that year. This was in contrast with 2019, when the cumulative NEE was negative until day 200 for sphagnum, and net zero was also within the measurement uncertainty for heather, water and eriophorum (Figure 4). All ecotypes proceeded to be a source of CO2 in the second half of the year in 2019, with the most positive flux observed in the eriophorum and the intermediate, with heather, sphagnum and water all remaining close to carbon neutral. There were no significant differences in the daily total CO2 flux between ecotypes, F = 0.19, p > 0.9 (Figure 5). Across all ecotypes, there was a net loss of 1.13 g CO2-C m−2 d−1 in 2018 which was significantly greater than C losses of 0.24 g CO2-C m−2 d−1 in 2019, F = 112.24, p < 0.001.
[image: Figure 4]FIGURE 4 | Mean daily cumulative fluxes of CO2 (A,D,G,J), CH4 (B,E,H,K) and aggregated CO2 and CH4 in terms of global warming potential (IPCC, 2013, C,F,I,L) for each ecotype (n 6, ± 1 SE) for 2017 (black line), 2018 (olive line) and 2019 (blue line).
[image: Figure 5]FIGURE 5 | Total monthly flux of CO2 from each ecotype (n = 6, ± 1SE) for 2017 (black), 2018 (olive) and 2019 (blue).
Over the entire study period, there was a significant effect of ecotype on the daily CH4 fluxes, F = 3.05, p = 0.03, with the highest mean emissions of 23 mg CH4-C m−2 d−1 observed in the eriophorum (Figure 6), differing from all other ecotypes except sphagnum (16 mg CH4-C m−2 d−1); the next highest flux was seen from the water (10 mg CH4-C m−2 d−1), then heather (8 mg CH4-C m−2 d−1). Emissions of CH4 were ca. 40% higher during the drought of 2018 (17 mg CH4-C m−2 d−1) than in 2019 (12 mg CH4-C m−2 d−1), F = 34.93, p < 0.0001, however, there were significant interactions between year and month (F = 4.50, p < 0.001), ecotype and year (F = 6.74, p < 0.001) and ecotype, year and month (F = 2.12, p < 0.02). Post hoc tests reveal that, despite CH4 emissions being higher during spring of 2018, in the late summer, fluxes declined and were lower than in 2019, especially in the high flux ecotypes of eriophorum and sphagnum (Figures 6A,C).
[image: Figure 6]FIGURE 6 | Total monthly flux of CH4 from each ecotype (n = 6, ± 1SE) for 2017 (black), 2018 (olive) and 2019 (blue).
Net Greenhouse Gas Balance
The total global warming potential (GWP) was calculated at the end of the summer (defined as day 240) for both 2018 and 2019. Annual GWP did not significantly differ between ecotypes, F = 0.51 p < 0.7, in 2018 ranging from a high of 823 g CO2-eq m−2 in eriophorum and a low of 649 g CO2-eq m−2 in the heather; this was in contrast with 2019, where the range of 370 g CO2-eq m−2 in the eriophorum to 74 g CO2-eq m−2 in the water (Figure 4, right hand column) was significantly higher than in 2018, F = 47.66, p < 0.001. This difference was driven by the change in the proportion of net CO2 fluxes to the CH4 emissions, with non-significant increases in the contribution of CH4 fluxes to the total GWP seen from 2018 to 2019 from 31% in 2018 to 81% in eriophorum, and in sphagnum from 26 to 150%.
Environmental Controls
A warm dry spring in 2018 was characterized by high temperatures during May, with air temperature frequently approaching 30°C, which in turn saw a sharp rise in soil temperature from close to zero at the end of April to 15°C a couple of weeks later (Figure 7). This continued throughout June and July, which alongside periods of weeks without rain caused the water table to drop below 40 cm (Figure 7). These drought conditions started in the second half of 2017 and persisted for 18 months. Relative to the thirty-year average, air temperature was + 1.38°C, rainfall – 378 mm (ca. 35%) and relative humidity was 8% (Table 1). In contrast, rainfall was much more evenly spread during 2019, with 62 mm more rain than the thirty-year average, and the water table remained closer to the surface, except for a few weeks during August.
[image: Figure 7]FIGURE 7 | Environmental variables measured at the study site during 2018–2019. (A) Photosynthetically active radiation; (B) air temperature; (C) Soil temperature at 2 cm, 12 cm and 60 cm; (D) rainfall; (E) water table depth measured at three locations.
Sub-diel variation of NEE was best explained by radiation (Supplementary Figure S2), but daily fluxes displayed positive relationships with air temperature in all ecotypes except water, ranging from R2 = 0.16 (sphagnum) to R2 = 0.08 (heather); daily variation from water ecotypes was positively related to relative humidity (R2 = 0.12).
Relationships between daily CH4 fluxes and environmental variables were also closely related to soil temperature, ranging from strong relationships in sphagnum (R2 = 0.69), eriophorum (R2 = 0.37), and heather (R2 = 0.38), with much weaker, but significant relationships in water (R2 = 0.11) (Figure 8A). The depth at which soil temperature had the strongest effect differed between ecotypes, with temperature at 12 cm controlling sphagnum fluxes, 18 cm in eriophorum and heather and 60 cm in mix and water ecotypes.
[image: Figure 8]FIGURE 8 | Effect of soil temperature (A) and water table (B) on daily mean CH4 flux from each ecotype. Hysteresis of CH4 flux response to water is illustrated by the negative relationship of fluxes to concurrent measurements of water table depth. A delayed response is apparent when fluxes are regressed against a lagged running average of water table depth (except in the open water ecotype), with the lag varying between 84 days (eriophorum) and 86 days (sphagnum) (C).
Concurrent measurements of water table depth displayed negative relationships with CH4 emissions from all ecotypes (Figure 8B), with the strongest effect seen in the water ecotype (R2 = 0.53), and the weakest seen in eriophorum (R2 = 0.09). It might be expected to see relationships of CH4 emission with water table, since methanogenesis would be expected to take place in anaerobic conditions. Only by looking at delayed responses of fluxes to water table did a positive effect become apparent, in all ecotypes with the exception of water, which remained a negative relationship (Figure 8C). The delay of the response of CH4 flux to water table depth, i.e. the lag at which the strongest relationship was seen, was around three months for all ecotypes, eriophorum (84 days, R2 = 0.42), heather (86 days, R2 = 0.42), sphagnum (86 days, R2 = 0.51) except water (zero days, R2 = 0.30).
Using the all the measured environmental variables, multiple regression analyses revealed that soil temperature and lagged water table depth were the two most important drivers of CH4 fluxes from eriophorum (R2 = 0.37), heather (R2 = 0.46) and sphagnum (R2 = 0.73), but the story was less clear in water, where concurrent water table depth and relative humidity were important drivers (R2 = 0.60) (Table 2).
TABLE 2 | Multiple regression models of significant (p < 0.05) environmental variables on CH4 fluxes. Subscripts for soil temperature indicate depth and for water table number of lagged days.
[image: Table 2]DISCUSSION
Drought conditions in 2018 saw GHG emissions from a hemiboreal bog increase, ensuring that this important landscape was a greater net C source that year. The GHG increase was driven largely by a decline in photosynthesis, with NEE remaining positive during 2018 compared to 2019. This decline in C uptake by the vegetation might have been expected to be offset by a decline in CH4 emissions under drier conditions. However, due to a delayed response to water table depth, CH4 fluxes did not fall until the second half of summer 2018, ensuring that the GHG balance was higher than in 2019, under more typical conditions. In fact, the rapid warming of soil during May 2018 drove a pulse of CH4 not seen the subsequent year. The annual fluxes reported here of 3,000–4,000 mg CH4-C from eriophorum, sphagnum and water (in 2018) approximate closely to the median emissions reported across all northern peatlands of 3,300–6,300 mg CH4-C (Abdalla et al., 2016), and the monthly averages from sphagnum and eriophorum were similar to the growing season fluxes reported elsewhere (Roulet et al., 1992; Grondahl et al., 2008; Dinsmore et al., 2017). Mean summertime emissions of five times the magnitude that we report have been observed from sphagnum lawns (Kettunen et al., 1996) where the water table was consistently above 5 cm year-round.
Effect of Ecotype on GHG Fluxes
As we hypothesized, the lowest average CH4 emissions were seen from heather, and the greatest from eriophorum, which is known to be erenchymatous (Smirnoff and Crawford, 1983; Camill, 1999) and develop deep rooting systems to the full depth of the active layer (Wein, 1973). This physiology facilitates the transport of CH4 formed at depth in the peat to be transported directly to the atmosphere, by-passing erobic upper layers of the soil in which CH4 oxidizing microbes can reduce net CH4 emissions (Raghoebarsing et al., 2005; Kip et al., 2010; Rahman et al., 2011). Our finding is consistent with previous studies which have shown that eriophorum cover is directly correlated to the magnitude of CH4 fluxes (McNamara et al., 2008; Cooper et al.,2014). In this current study, sphagnum and water ecotypes were also associated with high CH4 emissions, which were the wettest of the ecotypes and indicative of conditions favoring CH4 production. Sphagnum cover is associated with areas of CH4 emission in peat soils (Roura-Carol and Freeman, 1999; Dinsmore et al., 2017), often forming floating mats on ground water surface. The ecotype with the lowest CH4 emissions was heather, consistent with previous work (Grondahl et al., 2008); heather dominated the driest areas of the bog, where it would be expected to see a combination of lowest CH4 formation and highest CH4 oxidation, due to the erobic conditions.
Effect of Drought on GHG Fluxes and Balance
The biggest effect of the drought in 2018 was an increase in net CO2 emissions. Although photosynthesis is controlled by radiation, the warmer, drier conditions of 2018 stimulated increased respiration so that CO2 losses exceeded uptake. Light response curves indicated that photosynthesis was lower during the drought of 2018 (Supplementary Figure S2) and that it saturated at lower light levels than under the more usual conditions of 2019. A lower water table in 2018 increased the oxygenation of the soil profile, exposing much of the accumulated organic matter to erobic decomposition. The extent of the water table drop was such that, for most of 2018, the areas which were covered by open water during the establishment of the study dried out and exposed the underlying peat and vegetation. Under more typical conditions of 2019, most ecotypes reverted to C sinks until late in the year when photosynthesis declined due to reduced hours of daylight. With the exception of eriophorum, at the end of the growing season net zero CO2 flux was within the error term of the cumulative NEE. However, once the winter CO2 and CH4 fluxes have been considered, the site was still a net C source under more typical conditions. While this may be unusual for other similar wetlands, which are commonly seen to be C sinks (Campbell et al., 2019; Mazzola et al., 2020; Mehtatalo et al., 2020; Rinne et al., 2020), it is not unusual for this site under 30-years average climatic conditions (Rinne et al., 2020).
The most important driver of CH4 fluxes at this site was soil temperature, with the warmer spring of 2018 driving an increase in fluxes. While water table was also significantly related to CH4 emissions, it appeared to be a delayed effect rather than an instantaneous one, with contemporaneous water table depth appearing to have a negative effect on CH4 emissions. Superficially this was a surprise, since CH4 emissions are greatest in wetter organic soil ecosystems (e.g., Roulet et al., 1992; Levy et al., 2012), and the wettest areas within such ecosystems (Macdonald et al., 1996; Dinsmore et al., 2017). However, a negative relationship between water table depth and CH4 emission has been reported several times from ecosystems similar to the current study site (Kettunen et al., 1996; McNamara et al., 2008; Dinsmore et al., 2009), though the reasons for such a relationship appear to be poorly understood. However, an explanation may lie in a lag between CH4 emissions and increasing water table, which has been described previously, though the lag is generally less than two weeks (Goodrich et al., 2015; Chamberlain et al., 2016). Several factors may contribute to such a lag: drying of the peat profile will reduce the methanogen population (Tian et al., 2012) and the severity of dieback is related to the strength of drought conditions (Estop-Aragones et al., 2013); during drought, the C substrates for methanogenesis are exposed to erobic conditions, leading to rapid decomposition (Goodrich et al., 2015), thus it can take time to replenish substrate once the water table rises; another consequence of erobic drought conditions is that alternative electron acceptors can build up in the peat (Knorr et al., 2009) and the preferential use of these over acetate and CO2 following rewetting slows the rate of CH4 production (Yavitt and Seidmann-Zager, 2006). While the lag described in the present study is larger than commonly reported, it is not inconceivable that a combination of depleted substrate, reduced methanogen population and alternative electron acceptors persisted for the lag period we report. A theoretical explanation for such a negative effect of water table on CH4 flux was provided by Stockdale et al. (2012) in which the author proposes a delay between water table depth and emission, which has further been supported experimentally in manipulated microcosms where a four-month delay was seen before CH4 emissions increased (Stockdale et al., 2014). This timescale is similar to the delay of 84–88 days between water table and CH4 fluxes observed from the terrestrial ecotypes at the current study site.
A further possible explanation for the delayed response of fluxes to water table is that the effect of temperature was a much stronger influence. It is clear that soil temperature was the most important factor controlling CH4 emissions. In wetlands, under anaerobic conditions, methanogenesis is known to be directly dependent on temperature and substrate availability (Segers, 1998), and microcosm experiments have shown CH4 emissions to increase from sphagnum under elevated temperatures (van Winden et al., 2012). Given that CH4 flux is the balance between microbial production and oxidation of CH4, identifying a single driver is challenging and perhaps misguided. Hotspots of CH4 production are known to occur at suitable microsites within peat soil profiles (Laing et al., 2010) and we suggest that our data indicate that, despite water table dropping as low as 40 cm below the vegetation-air interface, there remained sufficient anaerobic microsites within the soil profile to sustain methanogenesis at all times. This would be further supported by the highest fluxes from eriophorum, whose deep roots (Bliss, 2000) will likely have remained below the water table even during the driest periods. The rapidly warming soil temperatures of May 2018 increased the rate of microbial activity at such sites within the peat and also coincided with increasing photosynthetic activity of the aboveground vegetation and the resultant supply of substrate for CH4 production. If the rate of CH4 production was greater than oxidation, this would result in increased emissions. In the low flux ecotypes, the effect of water table was less important.
Implications for Hemiboreal Wetlands Under Future Climate
The significant interaction of CH4 emissions between ecotype and year demonstrated how common bog species differed in their response to drought conditions. Recovery of CH4 fluxes from sphagnum and eriophorum late in 2019 contrasted with the suppressed emissions from heather and in particular, open water. Under predicted changes to climate, it is likely that precipitation patterns in the northern hemisphere will alter, so that periods without rain are interspersed by more intense rainfall events, in a drought-deluge pattern (Arneth et al., 2019). It has been known for 25 years that sphagnum-dominated wetland C sinks are at risk from drought (Alm et al., 1999) and the current study has shown that, through the influence of both temperature and water table, drought increased net CO2 emissions while warm temperatures maintain high CH4 fluxes across all ecotypes in such ecosystems. What will be critical for the carbon balance is the duration of drought periods. If intermittent deluges of rain are enough to maintain a water table within the rooting zone of vegetation such as eriophorum, it is likely that CH4 emissions will remain high. The desiccation of aboveground biomass will reduce CO2 uptake which will inevitably reduce the build-up of organic material. If the water table drops for more prolonged periods, then CH4 emissions would be expected to decline due to a combination of factors: increased eration of the soil profile will halt methanogenesis and increase methane oxidation; erobic respiration of existing organic material will reduce the substrate available for methanogenesis; reduced primary productivity will slow the delivery of new organic material. Persistence of drought conditions over several growing seasons may alter the species composition of the ecosystem, which in turn may influence the C balance of the system. For example, it is known that permanent water table lowering will kill Eriophorum vaginatum (Wein, 1973) and sphagnum species, the ecotypes associated with the highest CH4 fluxes in this study. However, although temperature and precipitation are the key drivers of species turnover in these ecosystems, wetlands may be resilient to climate change as individual species are replaced with others possessing similar traits (Robroek et al., 2017; Jassey and Signarbieux, 2019; Lamentowicz et al., 2019). Such functional redundancy may buffer wetlands as a C sink, and there are instances of southern hemisphere wetlands persisting as C sinks despite undergoing drought (Goodrich et al., 2017). Inevitably, there will be a tipping point beyond which a succession is seen from wetland C sink to a drier landscape with increased vascular plant abundance (Swindles et al., 2019). A GWP approach to assessing the C balance of peatlands may be oversimplistic, since an annual account of GHG emissions does not consider the previous cooling effect of centuries of C sequestration following peat formation (Frolking et al., 2006; Frolking and Roulet, 2007). However, it is useful to consider the future consequences of a sustained shift in C dynamics, particularly a transition from a net CO2 sink, or an increased C source in the case of the current study site. Our study has shown that a 0.5°C rise in annual temperature, and a 35% reduction in annual rainfall led to C losses of up to 1 kg CO2-eq m−2 y−1, and with 10–12 million ha of blanket bog globally (O’Brien et al., 2007), vast stores of C within these landscapes may well act as a climate feedback, before a new equilibrium is reached as a grass dominated landscape.
CONCLUSION
Anthropogenic climate change is likely to create conditions under which hemiboreal blanket bogs increase their C emissions, creating a positive feedback, ultimately exhausting the C stored in these ecosystems. Achieving net zero emissions may well maintain peatlands as a C sink helping to mitigate climate change. However, under a ‘business as usual’ scenario, years like 2018 will become more prevalent and if we fail to keep global heating to 2°C, northern wetlands will be a key driver of future climate change.
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Baltic coastal lagoons are severely threatened by eutrophication. To evaluate the impact of eutrophication on macrophytobenthos, we compared the seasonal development in macrophytobenthic composition, biomass and production, water column parameters (light, nutrients), phytoplankton biomass and production in one mesotrophic and one eutrophic German coastal lagoon. We hypothesized that light availability is the main driver for primary production, and that net primary production is lower at a higher eutrophication level. In the mesotrophic lagoon, macrophytobenthic biomass was much higher with distinct seasonal succession in species composition. Filamentous algae dominated in spring and late summer and probably caused reduced macrophytobenthic biomass and growth during early summer, thus decreasing vegetation stability. Light attenuation was far higher in the eutrophic lagoon, due to high phytoplankton densities, explaining the low macrophytobenthic biomass and species diversity in every season. Areal net primary production was far lower in the eutrophic lagoon. The “paradox of enrichment” hypothesis predicts lower production at higher trophic levels with increased nutrient concentrations. Our results prove for the first time that this hypothesis may be valid already at the primary producer level in coastal lagoons.


Keywords: eutrophication, photosynthesis, submerged vegetation, drivers, transitional waters




INTRODUCTION


At the southern Baltic Sea coast, an intricate system of coastal lagoons connects terrestrial ecosystems with the open Baltic Sea, acting as a filter for nutrients and dissolved organic substances originating from their catchment areas. These lagoons differ in their connectivity with the open sea and size of there catchment areas, whichinfluence the lagoons ecosystem response to eutrophication (Cloern, 2001). Lagoons of the Baltic Sea can be classified either as estuarine, with direct river discharge, or marine, without direct river discharge (sensu Tagliapietra et al., 2009). Especially in estuarine lagoons of the southern Baltic Sea, high nutrient supplies from their catchment area have accelerated pelagic primary production and caused high water turbidity and a massive reduction of the macrophytobenthos (Schiewer, 1998; Munkes, 2005). The macrophytobenthos has up to now not recovered (Schiewer, 1998; Munkes, 2005) though nutrient discharges have considerably decreased since the 1980ies in accordance with national and European water framework directives (Berthold et al., 2018a), Macrophytobenthos increases the structural and functional complexity of shallow waters including coastal lagoons (e.g. Duffy et al., 2001) and is therefore a key component of shallow aquatic ecosystems. Macrophytobenthos consists of “rooted canopy forming” tracheophyte species, rooted “bottom-dwellers”, loosely attached macroalgae, and filamentous algae growing as epiphyton. The complex structure of the macrophytobenthos can slow down hydrodynamic movements (Gregg and Rose, 1982), store and immobilize nutrients (Pederson and Borum, 1997), elevate sedimentation rates and, thus, redirect resources from the pelagic to the benthic system (Kennedy et al., 2010). Macrophytobenthos improves habitat diversity and fosters a rich and diverse associated fauna by providing structural support, shelter from predation and food to higher trophic levels (Hansen et al., 2011; Wlodarska-Kowalczuk et al., 2014). The influence of the macrophytobenthos on its environment depends strongly on the seasonal development of the vegetation canopy and the length of the growing period (Sayer et al., 2010), which is determined by the number of seasonal strategies and, thus, the species richness of the community.

Generally, the macrophytobenthic growing period starts in spring with the growth of rooted species, often fueled by storage metabolites (Middelboe and Markager, 1997) resulting in a macrophytobenthic biomass maximum in summer (Jankowska et al., 2014). Macrophytobenthic primary production is limited mainly by light (Pärnoja et al., 2014; Piepho, 2017) and nutrient availability (Granéli and Solander, 1988). New growing leaves are substrate for fast growing filamentous algae. Fast growing filamentous algae have the ability to take up 30% of occurring dissolved inorganic phosphorus pulses (Howard-Williams and Allanson, 1981). It leads to high production and growth of this group of macrophytes under elevated nutrient concentrations. Proliferating filamentous algae growing on macrophytes prevent leaf uptake, shade and outcompete their host for carbon and nutrients, resulting in an overall reduced production of the overgrown macrophytes (Madsen and Brix, 1997; Apostolaki et al., 2011).

During progressive eutrophication, light availability decreases in the water column because of increasing phytoplankton densities, causing a breakdown of the macrophytobenthos at a certain critical turbidity and a sudden shift to an alternate, phytoplankton-dominated turbid state. The existence of such alternative stable states has not only been shown for freshwater lakes (Scheffer et al., 1993), but also been assumed for brackish water ecosystems such as Baltic Sea coastal lagoons. In a eutrophication gradient in coastal waters of the Baltic Sea (Dahlgren and Kautsky, 2004), observed a change from slow-growing rooted macrophytes to filamentous sheet-like, fast growing species to phytoplankton dominance, similar to changes in freshwater ecosystem, where tall macrophytes with a short vegetation period form an instable “crashing” state between an stable clearwater and a stable turbid state (Sayer et al., 2010).

High self-shading within the phytoplankton assemblage decreases the euphotic zone and phytoplankton gross primary production, and can explain why nutrient enrichment does not further increase pelagic NPP in coastal ecosystems, once a certain threshold is exceeded (Oviatt et al., 1986; Schiewer, 1998). In lakes, higher pelagic NPP has consequently been found under lower nutrient concentrations. Higher total system primary production at lower nutrient and higher light conditions is further explained by the fact that submerged vegetation, together with its epiphyton, is highly productive and the main contributor to total production under these conditions (Lopez-Archilla et al., 1992; Blindow et al., 2006). This pattern supports the “paradox of enrichment” hypothesis originally described by Rosenzweig (1971), which predicts lower production with increasing nutrient availability. While Rosenzweig (1971) described this decrease in production for higher trophic levels due to increasingly instable predator-prey relationships, a corresponding decrease has thus been observed in shallow lakes already evident on the primary production level. For coastal lagoons, Schiewer (1998) and Kemp et al. (2001) assumed lower production of higher trophic levels after eutrophication, caused by reduced trophic efficiencies, but empirical evidence is scarce. Also for coastal lagoons, we assume that a paradox of enrichment already may occur at the primary producer level.

Here, we compare the seasonal development in macrophytobenthic species composition, biomass and net primary production (NPP) in two lagoons of the southern Baltic Sea under different eutrophication pressures: the mesotrophic marine Westrügensche lagoon, and the outermost part of the eutrophic estuarine Darß-Zingst lagoon system. We discuss the seasonal variation of the macrophytobenthos in relation to pelagic NPP, underwater light climate, nutrients and lagoon system attributes. We predict that one-the underwater light availability is the main driver of seasonal development of the macrophytobenthic community in the mesotrophic lagoon two-the macrophytobenthic species numbers are lower, the vegetation period is shorter and the NPP reduced in the eutrophic lagoon and three-the total areal NPP is lower in the eutrophic than in the mesotrophic lagoon. Increased knowledge of drivers and mechanisms of the macrophytobenthos and the changes affecting this community during eutrophication is essential to improve management strategies for the recovery the macrophytobenthos in lagoons of the southern Baltic Sea.




MATERIALS AND METHODS




Investigation Areas


The mesotrophic, marine Westrügensche lagoon is approximately 170 km2 with an average depth of 1.9 m. It is connected to the Baltic Sea in the northeast and in the south, resulting in a strong water exchange. Its catchment area is relatively small, and only a slight increase in nutrient concentrations was detected in the 1980–1990 (Blindow and Meyer, 2015). The extension and cover of the macrophytobenthos did not change over the last 90 years, but changes in macrophytobenthic species composition and vegetation architecture were observed in the last decades (Blindow et al., 2016). In the Westrügensche lagoon, the samples were taken in the Vitter Bodden, between the island of Rügen and Hiddensee (Figure 1). The shallow coast south of Kloster in the north of Hiddensee was chosen as the sampling location at 54°34.810′N and 13°6.913′E. Here, the macrophytobenthos density increases with depth, from 1 m down to 2.8 m water (the maximum depth of the Vitter Bodden), where it reaches up to 70% coverage. At water depths below 1 m, Ruppia spp. dominates the vegetation with patches of Chara spp. Between one and 1.5 m water depths, Stuckenia pectinata is dominating, and Fucus vesiculosus can build extensive patches. Zostera marina dominates below 1.5 m (Blindow et al., 2016; Bühler, 2016).
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FIGURE 1 | 
Map of sampling sites at Grabow (Darß-Zingst Bodden chain) and Vitter Bodden (Westrügensche Bodden), southern coast of the Baltic Sea. Colors indicate water depths. White lines denote main riverine inflow of the rivers Recknitz and Barthe in this area. Maps were created with Ocean Data View (Schlitzer, 2018).



The eutrophic, estuarine Darß-Zingst Bodden Chain (DZBC) consists of four linked lagoons, which receive different freshwater (and nutrient) influxes, have different nutrient cycling, planktonic community structure and NPP. This lagoon system has been monitored since 1969 with eutrophication documented until the middle of the 1990s (Schiewer, 2007). The DZBC shows almost no recovery from eutrophication over the last 30 years. Freshwater and nutrients are flowing into the DZBC from two rivers, the Recknitz and the Barthe (Figure 1). Here, we focus on the outermost lagoon of the DZBC, the Grabow, which represents 21% of the total area of the four lagoons (Figure 1, Correns, 1976). The Grabow is the only lagoon of the system with a direct connection to the Baltic Sea. The total nitrogen (TN) and total phosphorus (TP) concentrations in the Grabow (100 and 2 mol L−1, respectively) are about 50% lower than the innermost part of the DZBC (Berthold et al., 2018a). The shallow coast east of Dabitz was chosen as the sampling location (54°21.976′N and 12°48.418′E), where the macrophytobenthos reaches high cover down to water depths of 1.2 m and is dominated by S. pectinata (Blindow and Meyer, 2015).




Water Column Parameters




Physical Parameters and Nutrients, Pigment and Seston Concentrations


The Vitter Bodden was monitored biweekly from March 2017 to april 2018. The Grabow was monitored once a month at a central cite (Buoy B53, 54°23.483′N, 12°51.146′E). Temperature and salinity were measured using a WTW Cond 1970i, probe Tetracon 325. Secchi depth was additionally determined. Water samples for determination of nutrients, pigments and seston were taken using a 1.5 m long acrylic glass tube with a diameter of 10 cm to ensure sampling of the entire water column in Vitter Bodden. A Limnos water sampler was used to sample surface water in Grabow. Here, complete mixing of water column can be assumed for most days of the year (Schubert and Foster, 1997).

Seston concentrations were determined after filtering a known volume of water through pre-weighed GF/F (Vitter Bodden, Co. Whatman) and GF6 filters (Grabow, Co. Whatman), which were dried at 60°C until constant weight was achieved. GF6 filters were used to prevent clogging of the filter by a high cyanobacterial biomass with large mucuous envelopes (Schumann et al., 2001). In an investigation performed during 2014, about 1.2 μg L−1 Chl a were lost through GF6-filters (mean value, n = 21), equivalent to 2.6% of the Chl a concentrations obtained after GF/F-filtration (unpublished results).

For pigment analyses, water samples were filtered on same types of filters in triplicates and stored frozen. Pigments were extracted with 96% ethanol and analyzed spectrophotometrically (HELCOM 2014; LUNG SOP-Nr: 640-Chlorophyll-KG). Chlorophyll a values were converted into biomass assuming a C:Chl a
−1 weight ratio of 31 (Schumann et al., 2009. Despite the large variation of this ratio (10–130) in coastal waters the annual average was choosen to allow comparison between studied lagoons. Subsamples for nutrient analyses were frozen immediately after sampling for total nutrients and after filtration through cellulose acetate (0.45 µm) for dissolved nutrients. TP, TN, dissolved inorganic phosphorus (DIP) and dissolved inorganic nitrogen (DIN) were analyzed at the Biological Station Zingst (University of Rostock, Germany). TP and TN (10–15 ml per analysis) were digested with an adapted alkaline persulphate procedure (Huang and Zhang, 2009; Berthold et al., 2015) to phosphate and nitrate, respectively. A continuous flow analyser (Alliance Instruments, 5 cm cuvette) was used to determine TP and DIP (Murphy and Riley, 1962; Malcolm-Lawes and Wong, 1990). The determination limit was 0.05 μmol L−1 and the combined standard uncertainty 4.2% for DIP as well as 0.22 μmol L−1 and 8.7% for TP. Nitrate was measured after conversion to nitrite at a cadmium reductor column and nitrite by the same method without the catalyzed reduction step as an azodye (Hansen and Koroleff, 1999). Nitrate was corrected by nitrite. Samples were diluted for nitrate and TN with ultrapure water (Purelab Flex, Elga) by 2–20 times. The samples were measured in a segmented flow analyser (FlowSys, Alliance Instruments) equipped with a 5 cm cuvette (Armstrong et al., 1967). Determination limit for nitrate was 0.32 μmol L−1 and 3 μmol L−1 for TN. Ammonium was measured as an indophenol blue dye photometrically (Hansen and Koroleff, 1999). Samples had to be diluted by up to five times. The samples were measured in a photometer (Hach, 5 cm cuvette). Determination limit is 0.7 μmol L−1 and the combined standard uncertainty 6.3%.




Underwater Light Climate


The solar irradiance data were provided from the German Meteorological Service measured at Arkona station (St.-Nr. 00183) near the two sampling locations. The solar irradiance was recorded as the sum of solar radiation in J cm−2 s−1 in 10 min intervals and transformed into photosynthetic active radiation (PAR) in μmol m−2 s−1 by using a conversion factor of 2.04 (Meek et al., 1984). Underwater irradiance (PAR0) was calculated from solar irradiance, Sun elevation and water attenuation (Walsby, 1997). The light attenuation coefficient (Kd) is the slope of log PAR0 with increasing water depth. The variation of Kd for both lagoons depends on several turbidity parameters and was calculated employing the formula by Xu et al. (2005):
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where Chl a is the chlorophyll a concentration in μg L−1, seston the seston concentration in mg L−1, and salinity. The data for the calculation were taken from one biweekly recording of the parameters in Vitter Bodden and from a monthly monitoring of Grabow. At both locations, measurements of light attenuation at the sampling location (Kpar) were additionally recorded with three underwater quantum sensors (LI-192, LICOR Biosciences, Lincoln, United States) attached to a bar at intervals of 50 cm using a LI-1400 (LICOR Biosciences, Lincoln, United States) during the macrophytobenthic biomass determination in the lagoons (see below). Measurements were taken for 5 min every second at mid day during each of the sampling occasions. If available, measured Kpar was used for estimating PARz above the macrophytobenthic canopy.

The underwater irradiance above the macrophytobenthic canopy at 0.75 m water depth (PARz) was derived from the underwater irradiance (PAR0) by applying the Lambert-Beer law:
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The self-shading of macrophytobenthos was taken into consideration by estimating the available irradiance within the macrophytobenthic canopy in μmol m−2 s−1 using the equation of Cerco and Moore (2001):
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where PARz is the irradiance above the macrophytobenthic canopy at 0.75 m water depth, Kmc the attenuation by the macrophytobenthos (Cerco and Moore, 2001), and MPB the total macrophytobenthic dry mass in mg C m−2.





Biomass and Species Composition of the Macrophytobenthos


In both lagoons, the macrophytobenthos was sampled in 2017 in five replicates in spring (March/April) and winter (November/December) and in 10 replicates in summer (June/July) and late summer (August/September). All replicates were collected randomly at a distance of at least 10 m and within three days during the sampling occasions. The samples were taken at 1 m water depth using a drop trap consisting of a 1.2 m high aluminum frame with a bottom area of 0.25 m2. The trap was lowered from the side of a small boat into the water. The enclosed macrophytobenthos was removed using a metal bow rake. The samples were taken to the laboratory and sorted. The macrophytobenthos was identified to the lowest taxonomical level possible (Table 1). All samples were blotted dry, and wet mass for the entire macrophytobenthos was determined. If filamentous algae were present, a subsample was analyzed for species composition. Afterward, the samples were dried at 60°C until constant weight was reached. Organic carbon content of each sample was determined using an elemental analyser (Flash EA 1112, Thermo Scientific, Milan, Italy) at the LIENSs stable isotope facility of the University of La Rochelle, France (Table 2).





TABLE 1 | 
Complete list of macrophytobenthic species sampled in Vitter Bodden and Grabow from March to December 2017.
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TABLE 2 | 
Ratios and equations used to calculate biomass and production of the model.
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Net Primary Production of the Macrophytobenthos


Hourly oxygen evolution rates were calculated of the single macrophytobenthic taxa per gram dry mass (mg O2 g DM−1 h−1) in relation to the available irradiance within the macrophytobenthic canopy. Single species approach was chosen to incorporate seasonal variability in macrophytobenthic species composition, which differ considerably in their photosynthetic parameters. The following steps were repeated for the available irradiance within the macrophytobenthic canopy for each of the seven days during each sampling occasion to access daily variation of hourly oxygen evolution rates. Two different equations were used based on the models given for the single macrophytobenthic taxa in the literature (Table 2). The equation of Walsby (1997) was employed:
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where Pmax is the maximum oxygen evolution rate in mg O2 g DM−1 h−1, α the initial slope of the photosynthetic irradiance curve in mg O2 g DM−1 h −1 (µmol photons m−2 s−1)−1, PARmc irradiance within the macrophytobenthic canopy in μmol m−2 s−1, β the factor of photoinhibition and Rd the dark respiration in mg O2 g DM−1 h −1. The second equation employed to calculate hourly oxygen evolution rates of single macrophytobenthic species was taken from Jasby and Platt (1976):
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All photosynthetic parameters, either taken from own measurements or from the literature (Table 2), were corrected for temperature. Own photosynthetic parameters were fitted to photosynthesis-irradiance measurements for Ectocarpus sp. and Syctosiphon lomentaria. As described in Piepho (2017), dark adapted apical shoots of plants were incubated in a 2.5 ml cuvette within a photosynthetic light suspension system. Oxygen evolution rates were measured in triplicates at nine light intensities from 13 to 2,000 μmol m−2 s−1 at constant temperature. The seasonal photosynthetic parameters were calculated with the following equation (Prosser, 1961):
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where Pmax is the maximum photosynthetic rate in mg O2 g DM−1 h−1 at T1 9°C, [image: image] the seasonal maximum photosynthetic rate in mg O2 g DM−1 h−1 at the seasonal mean water temperature T2 in either of the two sampled lagoons. Species-specific Q10 values were calculated for Pmax and used to temperature-correct the initial slope of the photosynthetic irradiance curve (α) and the factor of photoinhibition (β). For the dark respiration a fixed Q10 of 1.94 was assumed (Rasmusson 2015).

The species-specific hourly productivity (mg C DM−1 h−1) was calculated from positive hourly oxygen evolution rates assuming a photosynthetic quotient of 1.2 during daytime (Oviatt et al., 1986). Negative hourly oxygen evolution rates were transformed into hourly respiration (mg C DM−1 h−1) during night-time assuming a respiration quotient of 1.1 (Oviatt et al., 1986). The species-specific hourly productivity and night-time respiration were multiplied with species-specific DM to calculate the species-specific daytime hourly net primary production (NPP) and respiration (mg C m−2 h−1). Daytime hourly NPP refers to primary production exceeding respiration during hours of daylight. Daily NPP was calculated from the sum of species-specific hourly production and respiration within each sample representing the amount of oxygen produced by each macrophytobenthic species during the hours of sunlight, which is not lost by respiration during the night. The sum of all species-specific daily NPP within a sample was regarded as the total daily macrophytobenthic community NPP. The described steps were repeated for all samples at both locations. For seven days covering each sampling occasion at both lagoons hourly daytime productivity, daytime hourly NPP, daily NPP, and total community daily NPP are reported as sampling occasion averages and were calculated by non-parametric bootstrapping.




Pelagic NPP


The hourly daytime pelagic NPP was measured at both locations in parallel to the quantitative sampling of the macrophytobenthos in 2017. Each of ten bottles was filled with prefiltered ambient water (<55 µm) from the sampling location to remove larger zooplankton. Thus, pelagic NPP consisted of phytoplankton gross primary production and community (bacteria, phytoplankton and microzooplankton) respiration. Four bottles were covered with aluminum foil (dark bottles) and used to determine the respiration. Six bottles (light bottles) were placed pairwise in the water column at the surface, half and total average annual Secchi depth. In Vitter Bodden the light bottles were deployed at 0, 0.8 and 1.6 m water depths, in Grabow at 0, 0.25 and 0.5 m water depths. Oxygen concentrations were measured (HQ40days, LDO, Hach-Lange) before the incubation and in the light bottles after incubation over 4 h (11 am–3 pm). For light bottles, hourly oxygen evolution rates were calculated from concentration differences between before and after incubation divided by the hours of deployment. Pelagic NPP was measured at each location on an average sunny day during the sampling occasion. Significant differences in ambient irradiance between sampling locations were only detected during the spring deployment between lagoons. The dark bottles were kept deployed for 24 h in a closed box within the water before measuring the final oxygen concentration. Percentages of oxygen saturation measured were converted into mg O2 L−1 using solubility values to correct for water salinity and temperature (Benson and Krause, 1984). Water column oxygen evolution rates in light bottles were depth-integrated for a water column of 1 m by extrapolating oxygen evolution rates between deployment depths of light bottles in 1 cm steps. The hourly daytime pelagic NPP (mg C m−2 h−1) was calculated from hourly oxygen evolution rates assuming a photosynthetic quotient of 1.2 (Oviatt et al., 1986).




Statistical Analyses


To assess the uncertainty, error propagation was calculated as the partial derivation of each of the formula used to calculate the underwater light climate and NPP (Supplementary Table S1, Taylor, 1997). Standard errors of solar radiation, attenuation, temperature and biomass were used as input variability in the error propagation.

Water column parameters were compared using Wilcoxon Rank sum test between the lagoons. The same test was used for the comparison between calculated and measured light attenuation. Pearson correlation test was used to analyze the relationship between photosynthetic parameters. Total biomass and production of the macrophytobenthos were compared by a two-way analysis of variance with the independent variables season (March/April, June/July, August/September and November/December) and location (Vitter Bodden, Grabow) followed by a pairwise t-test. To achieve normality and homogeneity of variances, the data were log+1 transformed. Due to their small sample size and lack of normal distribution, the standard error and confidence intervals of the mean values of species-specific biomass and production data were calculated by non-parametric bootstrapping using the R package boot (Davison and Hinkley, 1997; Canty and Ripley, 2017). The non-parametric bootstrapping routine of the confidence intervals of the mean used the biased percentile method (Wang, 2001). We considered the differences significant when 95% confidence intervals of the mean were not overlapping. Seasonal patterns in floral biomass of non-filamentous macroalgal species were examined using canonical correspondence analysis (CCA). Water column parameters included in the CCA were PARmc, the DIN:TP ratio and water column Chl a concentration. Trends in biomass related to environmental gradients were analyzed by canonical permutation tests (number of permutations = 999) using the R package vegan. All statistical analyses were conducted with R version 3.5.3 (R Core Team, 2019).





RESULTS




Water Column Parameters


The water temperature in both lagoons was similar and increased from 4 °C in March to maximum values in July/August (Fig. 2; Supplementary Table S2, S3). The lowest values were recorded in both lagoons in December. The highest water temperature was measured in Vitter Bodden in July reaching 19.8°C, while in Grabow the highest water temperature of 20.0°C was measured in August. The salinity ranged from 8.8 to 9.9 PSU in Vitter Bodden and from 7.8 to 9.5 PSU in Grabow. Seston and Chl a concentration were markedly higher in Grabow. Thus, the average monthly calculated light attenuation (Kd) was significantly lower in Vitter Bodden (n = 24, Z = 3.2, p < 0.01) and showed less variability. The measured attenuation (Kpar) showed the same difference between the lagoons and was in agreement only with the Kd in summer and autumn in both lagoons. Based on measured Kpar, the water depth penetrated by at least 1% of the surface irradiance (i.e. euphotic zone) was on average 60% lower in Grabow than in Vitter Bodden. TP concentrations were about 50% lower in Vitter Bodden than in Grabow in all seasons. Mean TN concentrations were three times higher in Grabow than in Vitter Bodden, while the average DIN:TP ratio was three times higher in Vitter Bodden than in Grabow.
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FIGURE 2 | 
Attenuation coefficient and water temperature in 2017. Temperature (°C), salinity, Chlorophyll a (µg L−1) and seston (mg L−1) were monitored biweekly (Vitter Bodden–VB) and monthly (Grabow–GB). Blue dashed (VB), and solid lines (GB) show the temperature development for both sampling locations (March to September). The attenuation coefficient (m−1) was calculated based on Chlorophyll, seston, and salinity (Xu et al., 2005), and additionally measured with Li-Cor sensors simultaneously to macrophyte sampling. Circles (VB) and triangles (GW) show the measured attenuation coefficients during the sampling occasions (mean values + standard deviations).






Seasonal Development of Macrophyte Community Structure and Biomass




Vitter Bodden


The macrophytobenthic total biomass was on average 27 times higher in Vitter Bodden than in Grabow, due to higher biomasses of filamentous algae. Filamentous algae such as Ectocarpus sp., Ceramium sp. and Chaetomorpha linum dominated the vegetation and represented on average 41% of its total biomass throughout the season (Figure 3). The ratio between rooted and non-rooted species was lowest in spring (0.5) and highest in winter (1.0). In spring, Ectocarpus sp. dominated the filamentous biomass representing 78% of its total biomass, while Chaetomorpha linum was the dominant filamentous alga in autumn contributing to 58% to its total biomass. Ceramium spp. represented up to 28% of the filamentous algae biomass in winter. S. pectinata and Ruppia ssp. were the most common tracheophyta and represented together on average 39% of the total floral biomass. Filamentous algae grew mostly as epiphyton on these two tracheophyta.
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FIGURE 3 | 
Average biomass in carbon (g C m−2) shown for each macrophytobenthic phylum in Vitter Bodden and Grabow. Filamentous macroalgal biomass is highlighted in vertical lines, non-filamentous macrophyte biomass in dashed lines, and phytoplankton in horizontal lines. Letters indicate significant differences between total biomasses (pairwise comparison, F = 3.16, p < 0.05).



Maximum biomasses of filamentous algae, Fucus vesiculosus and S. pectinata were recorded in spring. Biomass composition was highly variable among samples and either dominated by filamentous algae plus tracheophyta or F. vesiculosus plus Furcellaria fastigiata. The macrophytobenthic biomass was lower at the beginning of summer, most pronounced in filamentous algae, which were reduced to 20% of their spring biomass, while tracheophyta were reduced to 33% of their spring biomass (Table 3). Species numbers increased from 10 to 14 from spring to summer. At the end of the summer, macrophyte biomasses recovered, and tracheophyta reached 70% of their spring biomass. The biomass of tracheophyta in November was about the same as in August, while filamentous algae and some phaeophytes had lost biomass.





TABLE 3 | 
Macrophytobenthic biomass in Vitter Bodden and Grabow sampled by drop trap.

[image: Table 3]





Grabow


The total macrophytobenthic biomass was significantly lower in Grabow than in Vitter Bodden at each sampling occasion (df = 3, F = 3.16, p < 0.05). The most significant difference of total macrophytobenthic biomass between the lagoons was observed in spring (p < 0.001). Apart from some drifting Zostera marina specimens, only four macrophytobenthic species were found (Table 3). S. pectinata dominated in all seasons representing on average more than 98% of the total biomass (Table 3). As observed in Vitter Bodden, the average total macrophytobenthic biomass in Grabow was reduced to 1.5 g C m−2 at the beginning of summer, and tracheophyta lost 39% of the biomass present in spring. The species number decreased to two from spring to summer. In September, macrophyte biomass recovered and tracheophyta reached their maximum biomass (2.8 g C m−2). In winter, the macrophytobenthos was lowest (0.3 g Cm−2).




Drivers of the Seasonal Development


The seasonal changes in macrophytobenthic community structure in relation to water column parameters were visualized by multivariate correspondence analysis (Figure 4). Along the first axis, only samples from Vitter Bodden were separated. Sample separation reflected the differences in biomass contribution to the total macrophytobenthos community between species with an early and late growth period. In spring, the relative biomass contributions of Myriophyllum spicatum, Enteromorpha sp., and Ectocarpus sp. were the highest. Ruppia spp, C. linum and Chorda filum were observed in the samples from June onwards, corresponding with highest available irradiance within the macrophytobenthic canopy. This seasonal change in species composition was correlated to DIN:TP ratio, which decreased over the season in Vitter Bodden. The second axis refers to the dominance of S. pectinata in the biomass composition of samples. At the positive end of the second axis all samples from Grabow are grouped and clearly separated from all Vitter Bodden samples. The positive end of the second axis was characterized by the lowest available irradiance within the macrophytobenthic canopy but the highest Chl a concentration.
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FIGURE 4 | 
Canonical correspondence analysis plot for the macrophytobenthic biomass sampled in spring (March/April, circle), summer (June/July, triangle), late summer (August/September, square), and winter (November/December, cross) in Vitter Bodden (blue) and Grabow (orange). Shown macrophytobenthic species are Ceramium spp, Chaetomorpha linum, Chorda filum, Ectocarpus spp, Furcellaria fastigata, Myriophyllum spicatum, Ruppia spp, Stuckenia pectinata, Sytosiphon lomentaria, Ulva spp.. Environmental factors (arrows) are calculated underwater irradiances within the macrophyte canopy (PARmc), dissolved inorganic nitrogen to total phosphorus ratio (DIN:TP), and Chlorophyll a concentration (Chl a). Positions of macrophytes show their probable occurrence based on the explanatory variables (PARmc, DIN:TP, Chl a). Only environmental factors significantly correlated to the ordination (p < 0.01) are shown.







Photosynthetic Parameters of Dominating Macrophyte Species


Overall there was a strong negative correlation between maximum oxygen evolution and respiration rates (p < 0.01, R
2 = 0.87). The highest variability of photosynthetic parameters was found within the attached macroalgae (Table 2), with the highest maximum oxygen evolution and respiration rates in Ulva sp. and the lowest in Fucus vesiculosus. The highest maximum oxygen evolution and respiration rates of filamentous algae were found in Chaetomorpha linum, while the lowest values of these two parameters were found for Ectocarpus sp. Tracheophyta showed the lowest variability in maximum oxygen evolution rates with the lowest values in Zannichellia sp. and the highest in M. spicatum. The initial slope of the photosynthesis-irradiance curve was the highest in Ulva sp. and the lowest in Zannichellia sp. The Q10 coefficient for the maximum oxygen evolution rate was the lowest in Furcellaria fastigata and the highest in Chara baltica. On average, tracheophyta had a considerably higher Q10 than all other macrophytobenthos.




Seasonal Development of Macrophytobenthic Production


The mean macrophytobenthic hourly daytime NPP was 3.5 mg C m−2 h−1 in Grabow compared to 383.3 mg C m−2 h−1 in Vitter Bodden (Figure 5). In Vitter Bodden, the average hourly daytime NPP of filamentous algae was highest in March and lowest in June with highest variability in August (Figure 5). The average daytime hourly NPP of tracheophyta and macroalgae increased between March and August in Vitter Bodden. For each individual species, average hourly daytime productivity was similar in Grabow and Vitter Bodden except for S. pectinata that had significantly lower values in September in Grabow (Table 4).
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FIGURE 5 | 
Average hourly daytime primary production for (A) filamentous algae (B) macroalgae (C) tracheophyte (D) phytoplankton in Vitter Bodden (filled) and Grabow (open) at sampling occasions. Phytoplankton production was experimentally determined by oxygen evolution in light and dark bottles. The benthic production from filamentous algae, tracheophyte and macrophytes was calculated using species specific photosynthesis parameters from the literature combined with own biomass data. Note the different scales.







TABLE 4 | 
Macrophytobenthic hourly daytime productivity (HDP) in Vitter Bodden and Grabow.
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In Vitter Bodden, all macrophytobenthos groups had a positive daily NPP from spring to autumn. The mean value of daily macrophytobenthos NPP was about two orders of magnitudes lower in Grabow (39.2 mg C m−2 d−1; range based on error propagation: 25.7 and 52.8 mg C m−2 d−1) than in Vitter Bodden (4.1 g C m−2 d−1; range based on error propagation: 2.9–5.2 g C m−2 d−1; Figure 6; Supplementary Table S3). In Vitter Bodden, filamentous algae were the main primary producers contributing to 83% of the total community daily NPP (mean of all sample occasions), followed by tracheophyta (11%) and macroalgae (6%). In Grabow, S. pectinata was the dominant primary producer representing about 98% of the mean annual daily community NPP. In Grabow, only tracheophyta and macroalgae had a positive daily NPP from april until September.
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FIGURE 6 | 
Average daily net primary production for each macrophytobenthic phylum in (A) in g Cm−2d−1 for Vitter Bodden and (B) in g Cm−2d−1 for Grabow. Filamentous growth is shown in vertical lines, all other growth forms in dashed lines. Bars are representing standard error of the mean.






Seasonal Comparison of Pelagic Producer Biomass and NPP


The mean biomass of pelagic producers was about one order of magnitude lower in Vitter Bodden (0.1 g C m−2) than in Grabow (0.9 g C m−2) (Figure. 3). In Vitter Bodden, the mean pelagic hourly NPP was 104.0 mg C m−2 h−1 with the highest values in March and June and the lowest values in November (Figure 5). Here, the hourly NPP was significantly higher in spring than in late summer. In Vitter Bodden, the hourly macrophytobenthic NPP was higher than the pelagic NPP in spring, equal in summer and five times higher in autumn. The mean total hourly NPP per square meter of both macrophytobenthos and pelagic producers was three times higher in Vitter Bodden than in Grabow.

In Grabow, pelagic producers represented 50% of macrophytobenthic biomass in summer and had four-times higher biomasses than the macrophytobenthos in winter. Mean pelagic hourly production of phytoplankton was 150.8 mg C m−2 h−1 with the highest values in September and the lowest in December. Phytoplankton contributed 98% of total primary production per square meter in comparison to 2% of the macrophytobenthos with highest contributions in summer and lowest in autumn.





DISCUSSION




Seasonal Development of the Macrophytobenthic Community in Vitter Bodden


Macrophytobenthic species composition in Vitter Bodden was similar to earlier observations (Blindow et al., 2016; Meyer et al., 2019). The main growing period of the macrophyte community occurred between March and September with maximum biomass reached in summer.

Species-specific differences in onset and duration of the growing period could be influenced by the specific needs of individual species for light and nutrients. In spring, high values of TN:TP and DIN:TP suggested P limitation with high availability of N, while low values of these ratios suggested N limitation in summer, which is supported by previous studies in Baltic coastal areas (Kronvang et al., 2005; Schumann et al., 2009; Berthold et al., 2018a). The filamentous alga Ectocarpus sp. which usually starts growing at the beginning of the season (Wennberg, 1992), contributed most to macrophytobenthic biomass and may have benefitted from highly available N in spring. The higher surface to volume ratio of filamentous algae allows higher P and N uptake rates from the water column compared to thick leathery tracheophytes (Raven and Taylor, 2003), which may contribute to the high spring production and biomass accumulation of this filamentous alga in spring. At similar TN and TP concentrations, proliferating filamentous algae were found also in other coastal areas of the Baltic Sea during spring (Dahlgren and Kautsky, 2004). The strong decrease of about 75% of the biomasses of macrophytes and epiphyton in early summer is probably linked to this high spring production of filamentous algae, which is assumed to have resulted in a severe decrease in light availability within the macrophytes canopy. As rooted macrophytes can use sediment nutrients (Granéli and Solander, 1988), any nutrient competition with epiphyton is assumed to be of minor importance. High grazing pressure by macrozoobenthos species may have added up to this reduction of biomass. In fact, high biomasses of macrozoobenthic grazers were observed within the vegetation (personal observation) similarly as in other vegetated Baltic lagoons (Hansen et al., 2011; Wlodarska-Kowalczuk et al., 2014). Our results suggest synergetic effects of epiphyton shading and herbivore grazing triggering macrophytobenthic biomass loss as assumed by (Hidding et al., 2016). A second bloom of the green filamentous alga C. linum was observed in late summer, probably related to the higher availability of P in the water column in this season. Proliferation of C. linum was observed under similar P concentrations (Menendez et al., 2002). The reduction in macrophytes total biomass at the end of the season was most probably caused by autumnal senescence and increasing hydrodynamic disturbances.

Apart from the temporary biomass decrease in early summer, the macrophytobenthic biomass was high throughout the vegetation period in the Vitter Bodden. High species numbers including different life strategies and species-specific growth periods may explain the high level of calculated macrophytobenthic NPP throughout the vegetation season. Spatial (e.g., distribution, growth forms) as well as temporal (e.g., seasonal strategies, length of growing season) variation in the macrophytobenthic community probably had a positive and stabilizing effect on its NPP. Small, low light adapted species such as F. fastigiata and F. vesiculosus grow in patches between and below higher vegetation, mainly consisting of S. pectinata, which creates a dense macrophytobenthic cover during the summer months (personal observations). High NPP was observed in other multi-species macrophytobenthic communities explained by the averaging species-specific photosynthetic performance and exposing constantly new tissue to irradiance in dense canopies (Middelboe and Binzer, 2004). Despite uncertainty in our estimations of available irradiance within the macrophytes canopy and macrophytobenthic NPP, calculated macrophytobenthic NPP in Vitter Bodden was within the range of temperate seagrass beds (Duarte, 1989) and macrophyte assemblages in freshwater lakes (Vadeboncoeur et al., 2001). The seasonal development of the macrophytobenthos in this mesotrophic lagoon indicates that reduced light availability within the macrophytobenthos is the most limiting factor with co-occurring nutrient limitation of epiphyton in spring and late summer. The underwater light climate has been shown to be the most relevant limiting factor for primary production of the macrophytobenthos in coastal waters of the southern Baltic Sea (Pärnoja et al., 2014; Piepho 2017).




Low Light Availability in Grabow Efficiently Suppresses Seasonal Development in the Macrophytobenthos


During 2017, high concentrations of seston and pigments caused a constantly low light availability in Grabow with a decreased euphotic zone of 60% in comparison to Vitter Bodden. The phytoplankton in the whole lagoon system of the DZBC is dominated by small-celled cyanobacteria of the Cyanobium clade (Albrecht et al., 2017), which are able to take up available nutrients very efficiently in this system (Berthold and Schumann, 2020), due to their high surface to volume ratio (Friebele and Fasut, 1978; Grillo and Gibson, 1979) resulting in high biomasses and low underwater light availability. Only S. pectinata persisted throughout the year. High abundances in clear water have been observed at somewhat elevated nutrient conditions and are explained by a competitive advantage of this fast-growing species under such conditions (Hilt et al., 2013; Blindow et al., 2016).

Biomass and primary production in the Grabow in 2017 were similar to what was described in the mid-1980s after the shift from clearwater to turbid water (Schiewer, 2001). In the early 1980ies, eutrophication caused a collapse of the macrophytobenthos in the entire DZBC which became dominated by the pelagic producers (Schiewer, 1998). Lagoons of the Baltic Sea receive nutrients from diffuse run-offs (Berthold et al., 2018b), atmospheric wet and dry deposition (Berthold et al., 2019) and from sediment (Bitschofsky, 2016; Berthold et al., 2018c). In 1990, new wastewater treatment plants reduced the discharge of P and N in the lagoons of the German Baltic Sea by over 89% (Nausch et al., 2011). Despite an 80% decline in nitrogen and phosphate discharge from the direct river sources, water column nutrient concentrations in the single lagoons of the DZBC have not decreased in the same magnitude (Berthold et al., 2018a), and the macrophytobenthos did not recover in the last 3 decades (Schiewer, 2001; Blindow and Meyer, 2015), which may be explained by long water retention times within this lagoon system and low exchange with the Baltic Sea.




Importance of Macrophytobenthos for the Lagoons’ Ecosystem Functioning


The moderate eutrophication of the Westrügensche lagoon still allows for a dense and species-rich macrophytobenthos, but with seasonal dominance of fast growing epiphyton which causes lower NPP and growth in the overgrown rooted tracheophyta and, combined with probably high grazing pressure, causes temporarily biomass decreases. Such seasonally fluctuating biomass indicates a reduction of vegetation stability, and are interpreted as an early warning signal of eutrophication, similarly to former observations in the Vitter Bodden that “bottom-dwellers” such as charophytes were replaced by taller macrophytes such as S. pectinata (Blindow et al., 2016). In the long-term, these changes may cause a decline of macrophytobenthic species richness and shortening of the vegetation period, described as a “crashing state” of freshwater ecosystems (Sayer et al., 2010). Proliferating filamentous algae have caused a decline of rooted vegetation in response to nutrient enrichment in other lagoons of the Baltic Sea over the last decades (Dahlgren and Kautsky, 2004).

Decreases in macrophytobenthic biomass weaken the habitat-stabilizing effects of the complex vegetation structure by reduction of water movements, sediment stabilization, immobilization of nutrients and accumulation of floral biomass (Gregg and Rose, 1982; Pedersen and Borum, 1997; Middelboe and Binzer, 2004) and has far reaching consequences for a lagoon’s food web. In the Vitter Bodden, the effect of the vegetation on water column parameters such as nutrients, phytoplankton densities and suspended material was found to be negligible, probably due to high water exchange rates with the open Baltic Sea and a low vegetation height. However, a distinct refuge effect of this vegetation was found for zooplankton and assumed to contribute to the temporarily high grazing pressure on phytoplankton (Meyer et al., 2019). In the more eutrophic Grabow, macrophytobenthos had low contributes to total system primary production and a reduced accumulation of biomass, which indicates severe light limitation.

Phytoplankton biomasses were roughly one order of magnitude higher in the Grabow than in the Vitter Bodden, but measured daytime hourly NPP rates were rather similar in both lagoons. These findings suggest that also phytoplankton was severely light-limited in the Grabow. The dominating alpha picocyanobacteria are of low food value for zooplankton, as their mucous envelopes may obstruct the filtering organs or lead to a rejection of the colonies (Schumann et al., 2009), and low phytoplankton mortality may therefore explain the maintenance of high densities in spite of low NPP rates. Earlier investigations from the same lagoon system showed that high water turbidity, caused by high phytoplankton biomass, can cause negative depth-integrated net primary production in winter and spring (Schumann et al., 2005). In addition, high microbial respiration rates may occur in summer months (Schiewer 1998). High self-shading and high community respiration rates can explain why nutrient enrichment does not further increase pelagic NPP in aquatic ecosystems, once a certain threshold is exceeded (Oviatt et al., 1986; Schiewer 1998; Blindow et al., 2006). Despite uncertainty in our estimates, we can show that total community areal NPP was far lower in the eutrophic lagoon than in the mesotrophic lagoon. We suggest that like shallow freshwater ecosystems (Lopez-Archilla et al., 1992; Blindow et al., 2006), also coastal lagoons can show a “paradox of enrichment” phenomenon already on the primary production level. According to our knowledge, this is the first empirical evidence of this phenomenon for coastal lagoons. As primary producers form the basis of the food web, we predict that the same pattern may be reflected by higher trophic levels.




Macrophytobenthos Response to Eutrophication and Management Recommendation


Macrophytobenthos, which is the most important contributor to total ecosystem primary production in the Vitter Bodden, has severely declined in the DZBC. Restoration efforts have to focus on stabilizing or–when lost–trying to restore this community. Thereby, it has to be considered that the steps leading to macrophytobenthic re-colonization may deviate from a simple reversion of the causes, which were responsible for the former loss (Duarte et al., 2008), and that, once lost, considerable efforts are necessary to restore this community (Scheffer et al., 1993). In the two studied coastal lagoons, the macrophytobenthos showed a complex response to different eutrophication pressures. Moderate eutrophication in the marine lagoon still allowed for a typical seasonal succession of the macrophytobenthic community, but the heavy overgrowth of rooted macrophytobenthos by filamentous algae in spring and autumn indicates that the nutrient levels were critical. During 2017, the macrophytobenthos main growth period and species succession was squeezed between the turbid spring and late summer condition, where proliferation of filamentous algae reduced the light available under the macrophytobenthic canopy. Additionally, a species shift from small bottom-dwellers, especially charophytes, to tall canopy-formers has occurred since the 1930s (Blindow et al., 2016). As a restoration measurement, exogenous nutrient flows into the lagoon should be reduced to prevent further decline in species diversity and thereby its habitat and food web stabilising effect. To control the success of this restoration effort, new macrophytobenthic health indicators sensitive to nutrient loads need to be developed, as already proposed for Danish coastal waters (Carstensen et al., 2014). For example, sensitive species with a later growing period such as F. vesiculosus and F. fastigiata need to be included into the macrophytobenthic health assessment and their biomass and cover regularly monitored in coastal lagoons (Carstensen et al., 2014).

High eutrophication pressure in the estuarine lagoon reduced macrophytobenthic species number, lowered biomass and production and shortened its growing period (Piepho, 2017). Only the pondweed S. pectinata was present during the complete observation period of 2017 and could start its growing period before the high phytoplankton biomasses limiting underwater light availability during the rest of the year. Exogenous nutrient load reductions for the DZBC over the last 40 years have not led to the recovery of the macrophytobenthic species diversity and biomasses in Grabow. Strong feedback mechanisms are assumed to stabilise the phytoplankton dominance (Schiewer, 1998). Additional internal restoration measurements have to be considered to reduce the endogenous nutrient burden and phytoplankton biomass and improve the under water light availability, but are hard to apply because of the large catchment area of this lagoon system and its connection to surrounding lagoons. Planting of submerged macrophytes in spring, when light conditions are most favourable for plant growth should be considered, to recreate lost vegetated areas (van Keulen et al., 2003).
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Globally important carbon (C) stores in boreal peatlands are vulnerable to altered hydrology through changes in precipitation and runoff patterns, groundwater inputs, and a changing cryosphere. These changes can affect the extent of boreal wetlands and their ability to sequester and transform C and other nutrients. Variation in precipitation patterns has also been increasing, with greater occurrences of both flooding and drought periods. Recent work has pointed to the increasing role of algal production in regulating C cycling during flooded periods in fen peatlands, but exactly how this affects the C sink-strength of these ecosystems is poorly understood. We evaluated temporal trends in algal biomass, ecosystem C uptake and respiration (using static and floating chamber techniques), and spectroscopic indicators of DOM quality (absorbance and fluorescence) in a boreal rich-fen peatland in which water table position had been experimentally manipulated for 13 years. Superimposed on the water table treatments were natural variations in hydrology, including periods of flooding, which allowed us to examine the legacy effects of flooding on C cycling dynamics. We had a particular focus on understanding the role of algae in regulating C cycling, as the relative contribution of algal production was observed to significantly increase with flooding. Ecosystem measures of gross primary production (GPP) increased with algal biomass, with higher algal biomass and GPP measured in the lowered water table treatment two years after persistent flooding. Prior to flooding the lowered treatment was the weakest C sink (as CO2), but this treatment became the strongest sink after flooding. The lower degree of humification (lower humification index, HIX) and yet lower bioavailability (higher spectral slope ratio, Sr) of DOM observed in the raised treatment prior to flooding persisted after two years of flooding. An index of free or bound proteins (tyrosine index, TI) increased with algal biomass across all plots during flooding, and was lowest in the raised treatment. As such, antecedent drainage conditions determined the sink-strength of this rich fen—which was also reflected in DOM characteristics. These findings indicate that monitoring flooding history and its effects on algal production could become important to estimates of C balance in northern wetlands.
Keywords: boreal, peat, climate change, carbon dioxide, dissolved organic matter, DOM, spectroscopy, algae
INTRODUCTION
Northern peatlands are a globally important reservoir of carbon (C), representing a large magnitude of C vulnerable to loss in a changing climate (Goldstein et al., 2020). Rich fens are one of the most common boreal peatland types in western North America (Vitt et al., 2000), and open peatlands and mineral wetlands comprise about 85% of wetland area in Alaska (Kolka et al., 2018) — an area of land nearly twice that of all wetland area in the contiguous United States (Ford and Bedford, 1987). Moreover, the extent of fens in interior Alaska has been increasing owing to permafrost degradation and changing ground water and runoff patterns in recent decades (Jorgenson et al., 2001; Lara et al., 2016). Observed regional climate trends and modelling efforts also suggest increased precipitation with overall higher variation (anomalies) in total amounts in Alaska’s boreal region (Stewart et al., 2013; Euskirchen et al., 2016). These patterns suggest prolonged or more variable periods of inundation in the future, with yet uncertain consequences for the C storage capacity of Alaska’s vast fen ecosystem complexes.
The carbon balance of peatlands has shown varied responses to changes in the water table position occurring with periods of flooding or drought. While high water tables are generally associated with higher fluxes of methane (e.g., Turetsky et al., 2014), the balance between ecosystem respiration (ER) and gross primary production (GPP) can vary with changes in water table position (Belyea, 2009; Strack et al., 2009). For example, a decade of research in an interior Alaskan fen has shown that drought conditions generally reduced GPP, but had muted effects on ER, which switched from increased autotrophic respiration in wet years to increased heterotrophic respiration in dry years (Olefeldt et al., 2017). However with flooding, variation in respiration in this fen complex changed with the timing and sources of inundation, with persistent flooding late into the growing season resulting in lower GPP relative to ER (Euskirchen et al., 2020). Exactly how constituent autotrophic and heterotrophic respiration components are likely to change with different regimes of flooding are not yet well understood.
A key difference in the active mode of primary production during flooded conditions, which affords a photic zone within the water column, is the relative activity of algae (Goldsborough and Robinson, 1996). While little is still known about algal production in boreal fens, recent work highlights the importance of algae as a component of the photosynthetic community during flooded conditions in interior Alaskan peatlands (Wyatt and Turetsky, 2015; DeColibus et al., 2017). Moreover, antecedent drainage conditions prior to flooding have been shown to exert strong controls over algal production. Experimental drainage in an Alaskan fen peatland resulted in increased pore water nutrient concentrations which fostered algal production upon flooding due to high rainfall (Wyatt et al., 2012). However, exactly how long this “ecosystem memory” of antecedent dry conditions can affect algal production, and how this in turn affects net C balance with persistent flooding is not clear (DeColibus et al., 2017). For example, observed increases in the exudates (dissolved organic matter, DOM) concomitant with increased algal production are very bioavailable (Bertilsson and Jones, 2003; Wyatt et al., 2012; Wyatt and Rober 2020) and could increase ER with persistent flooding. As such, component fluxes of ecosystem respiration along with algal production need to be measured together during periods of persistent flooding to ascertain the net consequences of flooding history on C balance in fens.
We investigated trace gas production, algal biomass, and DOM quality in an experimental manipulation of water table positions that simulate both drought (lowered water table treatment) and flooding (raised water table treatment) conditions relative to a control treatment without manipulation in an Alaskan boreal rich fen. We conducted our measurements prior to flooding across all experimental treatments and after two years of consecutive flooding. Our over-arching hypothesis was that hydrologic variation affects the balance between GPP and ER (Figure 1). With flooding, we expected algal production to offset carbon losses through ER, increasing the C sink-strength of the ecosystem. As such, we hypothesized the lowered water table treatment would be a stronger sink of C when reflooded owing to greater algal biomass associated with elevated nutrient availability, whereas the previously raised water table treatment would be a weaker sink of C when flooded, owing to reduced GPP from vascular plants. On the other hand, increased water-soluble organic carbon, algae-derived DOM and nutrients from the lowered water table treatment could increase heterotrophic respiration, and hence drive higher ER relative to GPP in the flooded environment. However, exactly how antecedent changes in DOM quality persist with prolonged flooding periods are not well understood. Therefore, we specifically ask: 1) How does the legacy of flooding history influence peatland C balance? 2) What is the role of DOM quality in driving ecosystem C fluxes and how does algal biomass relate to DOM quality?
[image: Figure 1]FIGURE 1 | Conceptual model of how our experimental water table treatments (control, lowered and raised) have affected the pool size of nutrients, dissolved organic carbon [DOC] and its quality, and how these factors have affected algal production during flooding (wet phase). We hypothesize that these factors affect the balance between gross primary production and ecosystem respiration (GPP:ER). The solid blue lines indicate water table position by treatment, and the dashed lines indicate legacy water table position during flooding. The green stars indicate the relative abundance of algae. The plants indicate relative abundances of sedges and shrubs (see Rupp et al., 2019).
MATERIALS AND METHODS
Study Site and Experimental Design
The rich fen (surface pH ∼6) is in the boreal peatland lowlands of the Tanana Flats of interior Alaska (cf. Hopkins et al., 1955) approximately 30 km southeast of Fairbanks, Alaska United States. The vegetation and climate characteristics of this site have been previously described in detail (Churchill et al., 2015; Olefeldt et al., 2017; Euskirchen et al., 2020), but briefly, emergent vascular species (Equisetum, Carex, and Comarum (Potentilla) genera) and some brown mosses and Sphagnum dominate the site. The fen complex lacks permafrost but is within the region of discontinuous permafrost in Alaska’s interior. There is little microtopography at the rich fen, which has accumulated peat to a depth of approximately 1–1.5 m. The site is associated with the Bonanza Creek Long Term Ecological Research Program (lter.uaf.edu).
The Alaska Peatland Experiment (APEX) was established in 2005 to investigate the effects of altered hydrologic regimes on C cycling processes in a controlled experiment. Three plots (approximately 20 × 20 m) were assigned each to one of three water table (WT) treatments (raised, lowered, and a control reference plot, each approximately 25 m apart), as previously described in detail (see Turetsky et al., 2008 and Chivers et al., 2009 for experiment details). Briefly, in the winter of 2005 channels were dug to facilitate water drainage from the lowered water table plot. This water in turn was pumped into the raised water table treatment with solar-powered bilge pumps, throughout the growing season (approximately June-September). There were no significant differences in water table position or vegetation composition among plots prior to treatment initiation. The goal of the experiment was to maintain lowered (drained) and raised water table positions relative to the control while allowing for the natural seasonal variability in water table position at this site. However, it was impossible to experimentally manipulate the water table position during periods of natural flooding, including years when flooding (water table > 40 cm above peat surface) persisted for the entire growing season (2014, 2017 and 2018; see Euskirchen et al., 2020 for hydrograph data). In this current study, we measured trace gas flux, algal biomass, and DOM quality within the APEX plots prior to a natural flooding event in 2016, which persisted through 2017 and 2018. We remeasured the experimental plots after continuous flooding during the growing season of 2018 to test our hypotheses regarding persistent flooding effects on C cycle dynamics.
Gas Flux Measurements
We used the static chamber technique for gas flux measurements during non-flooded years as previously described in detail (Chivers et al., 2009). Briefly, six collars (60 × 60 cm) were inserted to a depth of 10 cm in 2005 within each WT treatment. A clear lexan chamber (0.227 m3) with closed-cell foam sealed the chamber with the collar. Two computer CPU fans mixed the air within the chamber during measurements. The change in chamber CO2 concentrations was measured for approximately 4 min using a portable infrared gas analyzer (IRGA; PP Systems EGM 4, Amesbury, Massachusetts, United States). ER was measured by shading chambers with an opaque shroud and net ecosystem exchange (NEE) was measured without a shroud. Temperature, relative humidity, and photosynthetically active radiation (PAR) were logged continuously within the chamber during each flux measurement with a PP Systems TRP-1 sensor. Measurements occurred approximately bi-weekly.
A floating chamber was employed for gas flux measurements in flooded conditions during the growing season of 2018. This static chamber was constructed from a clear polycarbonate plastic bucket (18.9 L) with Styrofoam floatation around the base and one CPU fan inside for air circulation. This design allows for the measure of CO2 flux in the airspace above the water. The floating chamber was equipped with an airlock to equilibrate pressure. The clear chamber was covered with an opaque shroud during ER measurements and NEE was measured without a shroud. Temperature, relative humidity, and PAR were logged continuously with a PP Systems TRP-1 sensor mounted within the clear floating chamber. The change in chamber CO2 concentrations was measured with an IRGA as previously described. Floating chamber measurements were conducted within water table manipulation plots (within plot n = 3) from a small inflatable boat and by wading along the established boardwalk network.
Algal Biomass
Algal material was collected biweekly during the 2018 growing season for estimates of algal biomass measured as chlorophyll a (mg cm−2). Owing to shallow water with a well-lit photic zone, algae within this fen complex grow primarily affixed to submersed substrata (DeColibus et al., 2017). Attached algal material was collected from four senesced Carex utriculata stems (10 cm length) cut below the water surface within each of three randomly selected 1 m2 areas per water table treatment using methods modified from DeColibus et al. (2017). There was no floating or loosely attached algae (i.e. metaphyton) observed during the study. Each composite sample was placed into a clean 15 ml polyethylene tube and kept on ice until returning to the lab where samples were frozen at −20°C until subsequent processing. Algal chlorophyll a was extracted with 90% ethanol in the dark for 24 h and the resulting pigment extracts were analyzed with an Agilent Cary 60 UV-Vis spectrophotometer (Agilent Technologies, Santa Clara, CA, United States) at 665 and 750 nm after acidification to correct for phaeophytin (APHA, 1998).
Dissolved Organic Matter Quality
When the water table was below the peat surface in 2016, a stainless steel “sipper” (0.52 cm diameter tubing with 2 cm slotted region at the end) was carefully inserted into the peat to a depth of 20 cm. Pore water was drawn up through the sipper into a syringe that was rinsed first with deionized (DI) water, then with sample prior to collection. When conditions were flooded in 2018, surface waters from the photic zone were collected in addition to pore water. Specifically, a clean, sample rinsed 60 ml syringe was used to sample the water column 10 cm below the surface of the water. After collection, the sample was injected into a 125 ml dinitrogen gas flushed and evacuated Wheaton glass vial capped with a butyl rubber septa via a 0.45 μm Whatman syringe filter and needle and then refrigerated prior to analysis, following Rupp et al. (2019). Samples were collected at three locations, spaced approximately 3 m apart, in each WT treatment throughout the growing seasons of 2016 (prior to flooding) and 2018 (during sustained flooding). Dissolved organic carbon (DOC) and total dissolved nitrogen (TDN) were determined on samples within 10 days on an TOCV Analyzer with TDN module (Shimadzu Scientific Instruments, Columbia, MD, United States).
Pore water was extracted from each of the Wheaton vials and run on a fluorometer (Horiba–Jobin–Yvon Aqualog C; Horiba Co., Edison, NJ) to simultaneously collect UV–Vis absorbance and florescence spectra. Run parameters were excitation: 240–600 nm in 3 nm increments; emission: 212–608 nm by 3 nm bandpass; integration time = 0.25 s. Samples with absorbance greater than 0.6 at λ = 254 were diluted to satisfy the assumption of detector linearity required by modeling (Stedmon and Bro 2008; Lawaetz and Stedmon 2009). Data post-processing and correction for inner filter effects were as described in detail by Veverica et al. (2016), following Stedmon and Bro (2008) and Lawaetz and Stedmon (2009).
Fluorescence and absorbance spectroscopic indices were calculated to characterize dissolved organic matter in all samples as previously described (Veverica et al., 2016; Rupp et al., 2019). Fluorometric indices considered in this study included an index of DOM humification (humification index; HIX; Zsolnay et al., 1999; Ohno, 2002; cf. Zsolnay, 2002). Higher HIX values can generally be considered as more biologically recalcitrant or aromatic in boreal systems (Chen et al., 2011; Frey et al., 2016; Herzsprung et al., 2017). We calculated an index of free or bound proteins (tyrosine or tryptophan index; TI; Fellman et al., 2010; cf. Chen et al., 2003). Higher TI values are considered relatively labile in comparison to the humified products associated with HIX (cf. Cory and Kaplan, 2012). We also calculated the Spectral slope ratio (Sr), an absorbance index of photodegradation, molecular weight (Helms et al., 2008) and source (Chen et al., 2011). The Sr is also an inverse indicator of relatively labile carbon compounds, with lower values associated with more bioavailable DOM (Frey et al., 2016).
Statistics and Analyses
We examined WT treatment effects, flooding, and their interaction (WT treatment x flooded or not flooded state) on CO2 flux data (ER, GPP, NEE), algal biomass, and DOM composition variables (HIX, Sr, TI). We collected these data throughout the growing seasons of 2016 (pre-flood; four campaigns) and 2018 (after continuous flooding; five campaigns). We used a generalized linear mixed model approach to examine differences in CO2 flux and DOM composition data prior to flooding and in the flooded state; this approach enables statistical models to be fit to data where the response is not necessarily normally distributed (PROC GLIMMIX; SAS version 9.4, SAS Institute, Cary, North Carolina, United States). Sampling campaign was treated as a random effect to account for repeated measures. The distributions of response variables were evaluated in Kolmogorov-Smirnov tests using the UNIVARIATE procedure, and were assigned as gaussian or lognormal as appropriate. Differences in DOC and TDN concentrations were explored using a mixed effects model via the “nlme” package in R statistical software version 3.4.2 (R Core Development Team, 2017). The WT treatment was used as a fixed effect, while sampling date was a random effect to account for repeated measures. The TDN values were transformed using the power-based Tukey Ladder of Powers transformation via the “rcompanion” package (Mangiafico, 2018; TDN 10 cm below water surface lambda = 2.2; TDN 20 cm below peat surface lambda = 1.5). We explored relationships with algal biomass (chlorophyll a) and ER, Sr, and TI with linear regression. Type-III tests of fixed effects and post hoc comparisons of least squared means tests across treatments were considered significant at α = 0.05. All data used in these analyses are available in the public domain via the Bonanza Creek Data Catalog (https://www.lter.uaf.edu/data/data-catalog).
RESULTS
Change in Carbon Balance
Across all treatments, there were changes in ER and GPP in response to flooding that resulted in interactions between drainage history and flooding for net C balance (Table 1). Prior to flooding, the raised water table (WT) treatment had marginally lower ER (2.79 ± 0.14 CO2 μmol m−2 s−1) than the lowered (3.25 ± 0.30 CO2 μmol m−2 s−1) or control (4.10 ± 0.54 CO2 μmol m−2 s−1) treatments (F = 3.31, p = 0.08), though there were no differences in ER among treatments after flooding (mean of 3.28 ± 0.63 CO2 μmol m−2 s−1; F = 0.75, p = 0.60; cf. Figure 2). In contrast, GPP was reduced (less uptake, less negative) following flooding in both the control (−8.22 ± 0.65 vs. −5.33 ± 0.99 CO2 μmol m−2 s−1) and raised (−7.19 ± 0.33 vs. −4.18 ± 0.99 CO2 μmol m−2 s−1) treatments, whereas in the lowered treatment GPP did not decrease with flooding (−6.36 ± 0.82 vs. −6.07 ± 0.34 CO2 μmol m−2 s−1), resulting in an interaction between WT treatment and flooding (Table 1; F = 4.28, p = 0.045). As a result of these processes the site was a stronger sink of C prior to flooding (mean NEE −3.88 ± 0.67 CO2 μmol m−2 s−1) than after flooding (−1.18 ± 0.87 CO2 μmol m−2 s−1), with the lowered treatment becoming a stronger sink, and the raised treatment being a source of C on one measurement day with flooded conditions (Figure 2B). The change in the C sink-strength with flooding in the raised treatment contributed to a weak interaction between water table treatment and flooding in explaining variation in NEE (Table 1; F = 4.09, p = 0.05).
TABLE 1 | Results of mixed effects models testing the effects of experimental water table treatment, flooding, and their interaction on ecosystem respiration (ER), gross primary production (GPP) and net ecosystem exchange (NEE). Model numerator (Num.) and Denominator (Den.) degrees of freedom (DF) are provided.
[image: Table 1][image: Figure 2]FIGURE 2 | Changes in ecosystem carbon balance prior to flooding, and after two years of continuous flooding. Depicted are means for a given campaign by water table treatment plot. Error bars represent standard errors of the mean values.
In 2018, mean [DOC] obtained from 10 cm beneath the surface of the water table was significantly lower in the raised WT treatment (32 ± 1.4 mg L−1) than in both the lowered (36 ± 0.4 mg L−1) or control (39 ± 0.5 mg L−1) treatments (F = 16.53, p < 0.001). Mean [DOC] obtained from 20 cm beneath the surface of the peat was also lower in the raised WT treatment (56 ± 3 mg L−1) than in both the lowered (93 ± 7 mg L−1) or control (80 ± 2 mg L−1) treatments (F = 29.88, p < 0.001). There were no WT treatment effects on mean [TDN] obtained from 10 cm beneath the surface of the water table (0.5 ± 0.1 mg L−1; F = 0.73, p = 0.49). Mean [TDN] obtained from 20 cm beneath the surface of the peat was lower in the raised WT treatment (1.1 ± 0.1 mg L−1) than in both the lowered (2.8 ± 0.2 mg L−1) or control (2.1 ± 0.2 mg L−1) treatments (F = 20.61, p < 0.001).
Algal Biomass and Carbon Quality
Algal biomass (chlorophyll a) was significantly higher in the control (mean ± standard error; 2.61 mg m−2 ± 0.46) and lowered (2.57 mg m−2 ± 0.38) treatment plots compared with the raised (1.55 mg m−2 ± 0.22) treatment (F = 4.24, p = 0.04). Ecosystem respiration and the index of free or bound-in proteins (TI) increased with algal biomass, while the degree of DOM photodegradation or molecular weight (Sr, or inversely related to humification, or HIX) declined with algal biomass (Figure 3). After accounting for changes in chlorophyll a content in mixed models (Type III tests of fixed effects), WT treatment also had significant effects on Sr (F = 6.50, p = 0.03), and marginally significant treatment effects on ER and TI (F = 3.12, p = 0.09 and F = 3.50, p = 0.08, respectively).
[image: Figure 3]FIGURE 3 | Algal biomass (chlorophyll a content) was strongly related to changes in ecosystem respiration (top pane) measured with floating chambers during flooding, the bioavailability of DOM (inversely related to spectral slope ratio, Sr, middle pane) and the content of free or bound protein (TI, bottom pane). Depicted are daily means by water table treatment plot in the flooded year (2018). Error bars represent standard errors of the mean values.
DOM Quality Before and After Flooding
Indices of DOM quality changed as a function of WT treatment and flooding. Prior to flooding (2016), DOM humification (HIX) at 20 cm in the peat was greater in the lowered water table treatment than in the raised WT treatment (F = 8.09, p = 0.004; Figure 4A). Following flooding, humification was much more variable at the lowered WT treatment, and was only significantly different (lower value) in the raised treatment (Figure 4B; p < 0.001). Overall, the degree of humification was higher, in the flooded year, in the control and lowered plots (year x WT treatment interaction, F = 9.84, p < 0.001). In contrast, Sr, an indicator of photodegradation and an inverse indicator of molecular weight and bioavailability, was higher in the raised WT treatment than in the other treatments (Figures 4C, D), and there was no difference between the flooded and non-flooded years (p = 0.70). The index of free or bound-in proteins (TI) did not vary by WT treatment prior to flooding (Figure 4E; p = 0.17), but was significantly greater in the lowered WT treatment, and less in the raised treatment following flooding (Figure 4F; p < 0.001). Moreover, TI was greater overall in the flooded year than prior to flooding (F = 17.67, p < 0.001) and there was a marginal year x WT treatment interaction (F = 2.92, p = 0.06). These changes in DOM quality measured at 20 cm within the peat pore water were maintained in DOM collected within the water column two years after persistent flooding (10 cm from water table surface), with the raised plot being different from the other treatments (Figure 5). With flooding, DOM in the water column of the raised WT treatment exhibited less bioavailability or increased photodegradation (Sr; F = 6.17, p = 0.005), a lower degree of humification (HIX; F = 11.29, p < 0.001) and less proteinaceous compounds (TI; F = 8.12, p = 0.001).
[image: Figure 4]FIGURE 4 | Indexes of peat pore water (20 cm into the peat) character before flooding in 2016 (A,C,E) and after continuous flooding, measured in 2018 (B,D,F). Depicted are seasonal means by water table treatment plot. An index of DOM humification (HIX) was higher in the flooded year (b, F = 44.09, p < 0.001), and there was a year × treatment interaction (F = 8.84, p < 0.001). An inverse index of DOM bioavailabilty and molecular size (Spectral Slope Ratio, Sr) did not vary by year (F = 0.15, p = 0.70), but was higher in the raised treatment (C,D). An index of peat pore water free or bound protein (TI) was higher in the flooded year (F = 17.67, p < 0.001), and the lowered treatment was higher than the raised treatment (F). Letters indicate significant differences in post-hoc comparisons of means within a treatment year (flood state).
[image: Figure 5]FIGURE 5 | Water table treatment differences in an index of humification (HIX, (A), an index of photodegradation or an inverse index of bioavailability (Sr, (B), and an index of free or bound protein (TI, (C) of water taken 10 cm below the surface of the water during flooding throughout the 2018 growing season. Depicted are seasonal means by water table treatment plot. Letters indicate significant differences in post-hoc comparisons of means.
DISCUSSION
Carbon Balance With Drainage History and Flooding
In conditions of variable hydrology, lowering the water table generally promotes an increase in both ER and GPP, which has made it difficult to ascribe single mechanisms for the sign of net C balance with hydrologic change (Weltzin et al., 2003; Strack and Waddington, 2007; Ballantyne et al., 2014). A major difference between previous studies and this current work, and fens in general, was the prolonged period of saturation where water table remained above the peat surface. Prior work at this site had shown no significant WT treatment effects on ER (Chivers et al., 2009; Olefeldt et al., 2017), but was not able to investigate WT treatment effects on C cycling when the site was flooded. More recent work has shown that the site as a whole exhibited higher ER in years when flooding occurred from the spring season onward (Euskirchen et al., 2020). This work showed that with persistent flooding, the previously raised WT treatment exhibited higher ER relative to GPP, with the most parsimonious explanation being limitations to the production of algal biomass (cf. Figure 3). While prior work had also shown the ability of algae to capitalize on the nutrients released from increased decomposition in the lowered WT treatments when flooded (DeColibus et al., 2017), this current work demonstrated that algae also affected ecosystem C balance. Interestingly, the increase in labile C supply in response to algal production (e.g., higher TI) did not result in a significant increase in the relative amount of heterotrophic respiration (cf. Wyatt et al., 2019), which certainly warrants further investigation as to the limiting factors of ER when the ecosystem is flooded. For example, the protein-like fluorescence in this study may not be reflecting the pool of bioavailable DOM (Maie et al., 2007). These findings refine our prior hypothesis (Olefeldt et al., 2017) that the lack of a response in ER to WT treatments reflects a shift in the component flux contributions to ER, from autotrophic respiration in wet years to heterotrophic respiration in dry years, and demonstrate that an algal-mediated increase in GPP in the lowered WT treatments can attenuate net C losses during flooding.
Insights Gained From DOM Composition
The DOM absorbance and fluorescence spectroscopy provided insights into C cycle processes within the peat prior to and after two years of flooding. Prior to flooding, pore water was more humified in the lowered WT treatment, which is consistent with the accumulation of water-soluble products of increased decomposition in a broader, more aerobic region above the water table, or acrotelm (Strack et al., 2008; Tfaily et al., 2018). HIX remained higher (and yet more variable) in the lowered WT treatment upon being flooded, which is consistent with prior work demonstrating that a sustained HIX upon rewetting drained peatland soil represents an increased amount of oxygen-rich and relatively unsaturated (O/C > 0.5; H/C < 1.0) DOM (Herzsprung et al., 2017). The lower HIX values in the raised WT treatment, regardless of flooding history, suggest less accumulation of the products of peat mineralization. Lower HIX is consistent with the increased Sr (Chen et al., 2011) observed at the raised WT treatment, and could also be reflecting increased photodegradation of the DOM as opposed to biological degradation of the DOM (Helms et al., 2008; Wilske et al., 2020). Increased photodegradation would be facilitated by the water table being at or slightly above the peat surface in the raised WT treatment. The potential for DOM photodegradation to CO2 could be contributing to the lower C sink strength in the raised WT treatment. In turn, DOM with relatively high Sr exhibits low bioavailability (Frey et al., 2016). In contrast, TI—an index of free or bound proteins, is generally thought to be highly bioavailable (Cory and Kaplan, 2012). There were no WT treatment effects on soil TI values prior to flooding, but significant increases in the lowered WT treatment and decreases in the raised WT treatments were measured when flooded (Figure 4E, F; Figure 5). Taken together, these indices indicate that the raised WT treatment had less bioavailable DOM within the peat (higher Sr, low TI) than the lowered WT treatment, even though the lowered WT treatment also had a fraction of more humified DOM (higher HIX). A parsimonious explanation for increased HIX and decreased Sr with increasing TI is the increase in algal production and algal exudation in response to the increased nutrients released in the lowered WT treatment relative to the raised WT treatment (Wyatt et al., 2012), while also having more water-soluble products from increased decomposition in the lowered WT treatment prior to flooding (Kane et al., 2010). Moreover, it could be that the protein-like fluorescence in this case reflects higher molecular weight lignin polyphenols (Herns et al., 2009; Stubbins et al., 2014), and more detailed analysis of the presence of aromatic amino acids in this system is certainly warranted.
These results are consistent with prior work demonstrating the ability of algae to capitalize on the “legacy effect” of prior drainage and nutrient release (Wyatt et al., 2012; DeColibus et al., 2017), and further demonstrate that the elevated nutrient legacy effects on algal production can persist after two consecutive years of flooding. While vascular plants are a significant component of NEE (Rupp et al., 2019), photosynthetic capacity (NDVI) has been shown to be lower in the lowered WT treatment during flooded conditions (McPartland et al., 2019), which further suggests a different mode of primary production to be driving C uptake when flooded. The duration of flooding is an important consideration for C cycling and algal production. For example, relatively short-term (<40 days) wet events did not generate lag effects in C cycling, and the lowered WT treatment in wet years exhibited similar GPP and NEE to that of the raised WT treatment in dry years (Olefeldt et al., 2017). After persistent flooding, however, the lowered WT treatment became the strongest C sink, whereas the raised WT treatment became a source (e.g., Table 1; Figure 2). However, it is not clear how long the “legacy effect of drought” can continue to fuel increased algal production. For example, nutrient co-limitations or competition with vascular plants may override any nutrient legacy effect on algal production over the span of decades (Lougheed et al., 2011; Lougheed et al., 2015). Flooding events at this rich fen site have been increasing over time, commensurate with the study region becoming a greater source of C to the atmosphere (Euskirchen et al., 2020). If periods of inundation increase in duration (i.e., become more lake-like), as has been observed in other regions of interior Alaska (Jorgenson et al., 2001), these data suggest rich fens could become a weaker sink for C, with reduced algal production likely being a contributing factor. These findings indicate that incorporating an understanding of flooding history and its effects on algal production are important in assessments of C storage in boreal fen peatlands.
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Converting forest and wetland landscapes to agriculture has shown to result in a loss of organic matter, structure, and microbial diversity in the converted soil but recovery of post-agricultural soils remains poorly understood. Here we coupled landscape-scale surveys of soil 1) carbon and nitrogen levels, 2) aggregation, and 3) bacterial metagenomes to investigate soil recovery after 30 years in sites with soils ranging from well drained to poorly drained. Sites with no evidence of past agriculture (Reference) served as recovery endpoints. A secondary aim evaluated the role of nitrogen-fixing symbiosis, here associated with alder (Alnus incana) trees, in soil restoration. Soil carbon levels in restored sites (3.5%) were comparable to levels in a present-day farm (3.4%) but much lower than in Reference sites (>7.3%). The same trend occurred with soil nitrogen levels. Sites with alder trees had more acidic soil pH values. Alder trees promoted soil structure with macroaggregates being the largest fraction of bulk soil (75%). Natural abundance of stable nitrogen isotopes suggested extensive decay of organic matter within aggregates. Comparison of total reads from the soil metagenomes indicated the bacterial community in restored sites were more comparable to the present-day farm than Reference sites, except for a well-drained soil with alder. Dissimilarity among sites in terms of gene abundances in soil bacterial community occurred in carbon metabolism, membrane transport, and genetic repair pathways. Soil recovery in post-agricultural landscapes is slow when agriculture caused a large loss of soil organic matter, as is the case in our study, and when the soil bacterial community structure changed markedly, as it did in our study. However, fairly rapid recovery of soil structure, as we noted in our study, is promising, and now we need a better understanding of plant species that improve soil structure for restoration of both well-drained and poorly drained soils.
Keywords: natural abundance stable isotopes, New York State, restoration, shotgun metagenomics, soil aggregates, wetlands
KEY POINTS

‐Bulk soils in both well-drained and poorly drained (wetland) sites showed no increase in organic matter with 30 years post-agricultural recovery.
‐Soil structure, measured by aggregation, was promoted by alder trees established in both restored and natural sites.
‐Microbial functions, measured as gene abundance, distinguished between sites with well-drained soils and poorly drained soils, but only an upland site with alder trees had more similar values to a natural site than the present-day farm.
INTRODUCTION
Agriculture covers 38% of Earth’s land surface with much of it on land that naturally supports forests and wetlands. However, converting forests and wetlands to agriculture often initiates a downward spiral in soil conditions (Kuzyakov and Zamanian, 2019). When drastic enough, agricultural production drops or fails altogether forcing abandonment. While many studies examine recovery of forest and wetland plant communities in post-agricultural landscapes (cf., Flinn and Vellend, 2005), a crucial uncertainty concerns how concomitant soils reclaim their natural conditions (Lal, 2015).
Although many studies have addressed individual mechanisms and specific drivers of soil degradation (cf., Bunemann et al., 2018), there are still no standards and comprehensive ways to differentiate between stages of degradation. Nonetheless, degraded soils experience to some degree: 1) loss of soil organic matter, 2) deterioration of soil structure, 3) scant or excessive levels of nutrients, and 4) altered microbial diversity and activity (Carter, 2002). The reclamation of each is still a matter of conjecture.
For example, the stock of soil organic matter represents the long-term balance between input of plant residue to the soil and decomposition of that residue by soil microorganisms. Agriculture has been shown to upset this balance, largely by increasing the rate of organic matter decomposition (Magdoff and Weil, 2004). One way that organic matter escapes microbial decomposers is by stabilization on the surfaces of soil minerals that are occluded within soil aggregates (Six et al., 2000; Lehmann et al., 2020). Tillage is especially destructive to soil aggregation and facilitates microbial access to organic matter. Thus, recovery of soil organic matter is linked to improved soil structure that restores the balance between inputs and decomposition of plant residue (Six et al., 2000).
A wide variety of approaches has been used to examine soil microorganisms, mostly in terms of community composition, diversity, and assembly mechanisms (Nemergut et al., 2013; Fierer, 2017). Yet additional information exists in the relative abundance of genes that soil microorganisms have and use, i.e., the soil metagenome. Although we know that genes alone do not determine microbial activity per se (Jansson and Hofmockel, 2018), we still expect a larger suite of genes to process plant residue that has a diverse biochemical composition or when nutrient fertilizers have been added compared to a uniform plant residue and nutrient poor soils (cf., Castañeda and Barbosa, 2017; Hermans et al., 2020).
Successful recovery of degraded soil also depends on knowing the endpoint that restoration is expected to achieve. When agriculture occurs on a landscape composed of different habitats, knowing the recovery endpoint can be complicated (Crews and Rumsey, 2017). For example, in many forested landscapes in temperate regions, the predominant forest established on mostly well-drained soil often also includes wet habitats with poorly drained soil. These wet habitats include permanent and seasonal pools, glades, stream-sides (riparian), and wetland marshes and swamps (Flinn et al., 2008; Cohen et al., 2016). Having comparable vestiges removes some of the uncertainty in the recovery endpoint. However, when agriculture is extensive and no natural sites exist, it is best to have more than one recovery endpoint for comparison with the restored site (Aronson et al., 1995).
The work described here is a survey of soil conditions in a post-agricultural landscape in central New York State. The landscape was originally upland forest with embedded wetlands that was converted to agriculture for ∼70 years and then abandoned in the mid-1980s. Not long after agriculture ceased a restoration effort was undertaken. Natural stream flow across the site was restored. One portion of the study area (described below) was maintained as an old field dominated by herbaceous plants (Stover and Marks, 1998), whereas the other portion had more advanced succession and was dominated by speckled alder (Alnus incana) trees. Roots of alder are associated with soil microorganisms that 'fix' atmospheric nitrogen into a bioavailable form (Hurd et al., 2001), thereby adding nutrient nitrogen to the soil (Preem et al., 2012). This land use history is common in the region (Flinn and Vellend, 2005).
We focused on three soil parameters: 1) quantifying carbon and nitrogen in 11 sites including those with current agriculture (Farm), sites in the processes of recovery from agriculture (Restored), and sites with no previous agriculture (Reference); 2) measuring soil aggregation and aggregate stability in a subset of these soils; and 3) characterizing metagenomes to measure microbial gene abundances in the full suite of soils. We expected slow recovery of soil organic matter, in particular, if loss during agriculture created a large difference in levels between the Farm and Reference sites. We expected more rapid recovery of soil structure, which is promoted differently by different plant species (Scott, 1998) but especially by alder trees (Graf and Frei, 2013). Finally, although soil microorganisms have fast growth, we expected persistent legacy of agriculture on bacterial community structure as has been seen in the region (Hudgens and Yavitt, 1997).
MATERIALS AND METHODS
Study Site and Experimental Design
The research was conducted in central New York State. The region has a humid, continental climate with a mean monthly temperature of −4°C in January and 22°C in July. The mean frost-free season is 146 days, and mean annual precipitation is 890 mm, including 171 cm of snow. The vegetation falls into the Allegheny section of E. L. Braun’s (in Dyer, 2006) hemlock–white pine–northern hardwoods region. Mesic, upland forests are dominated by sugar maple (Acer saccharum) and American beech (Fagus grandifolia).
The region lies on the glaciated Allegheny Plateau. Topography is a relatively flat plain at 300 to 450 m above sea level. About 90% of the bedrock is overlain by glacial till of variable thickness and composition. Gravelly or sandy outwash and terraces of ice-contact stratified drift characterize the lowest lying land along streams and account for the remaining 10% of the landscape. Nearly all of the abandoned farmland is underlain by glacial till with low to medium carbonate content, whereas till with a great carbonate content are still in production. Our upland sites have coarse-loamy, well-drained soils formed from medium-lime tills and classified as Typic Dystrudepts. Our lowland sites have fine-loamy, poorly drained soils formed in low-to medium-lime till and classified as Aeric Fragiaquepts.
We established 11 study sites in total. Seven sites were within the Goetchius Wetland Preserve (42°23′18.114″N 76°18′1.9188″W). Here we established two sites in primary forest (Reference Upland) that had never been used for agriculture, as indicated by the pit and mound topography across the surface soil. Plowing levels this microtopography, which is not regained until mature trees, >100 years old begin to fall (Flinn and Marks, 2007). A portion of the Reference Upland has beech-maple forest with alder trees and was designated Reference Upland + alder and another portion has the beech-maple forest but no alder trees and was designated Reference Upland - alder. A third site was an active farm (Farm), the only one on the Preserve. Agriculture management on the Farm consists of 3-years continuous planting of corn followed by 3-years of perennial forage, alfalfa (Medicago sativa) plus reed canarygrass (Phalaris arundinacea). We sampled in the third year of the forage production. The fourth and fifth sites have relatively well-drained soil in which tillage ceased in 1989. A portion dominated by old-field, herbaceous plants was designated Restored Upland–alder, and a second old field with alder trees was designated Restored Upland + alder. The remaining two sites at Goetchius were associated with a small stream that cut across the site that had been diverted during the period of agriculture with natural flow restored in 1989. This area has poorly drained soil. One portion was dominated by cattails (Typha latifolia) and sedges (Carex sp.) growing in about 25 cm of open water and was designated Restored Wetland-alder, whereas the other has cattails and sedges with alder trees and was designated Restored Wetland + alder.
Since no Reference Wetlands occur in the Goetchius site, we used two other locations in the same region as references. One location was the Dorothy McIlroy Bird Sanctuary (42°40′09.9912″N 76°17′24.0792″W), which is the headwater of Fall Creek at the outlet of Lake Como. The wetland is a hummocky, streamside fen, dominated by sedges. One portion has sedges with the nitrogen-fixing shrub sweet gale (Myrica gale; Schwintzer, 1979) and was designated Reference Streamside Wetland + Myrica. A second portion has sedges but no Myrica and was designated Reference Streamside Wetland - Myrica. A second location was the headwater of Michigan Creek at the outlet of Jennings Pond (42°19′41.5128″N 76°28′41.0952″W). This wetland is a marshy, sedge fen (Bernard and Solsky, 1977), dominated by a dense cover of lake sedge (Carex lacustris). One portion has sedges with scattered alder trees and was designated Reference Depressional Wetland + alder, whereas a second portion has sedges with no alder trees and was designated Reference Depressional Wetland-alder. Soil in the depressional wetland is 1-m deep peat soil, whereas soil in the streamside wetland is mostly clay with no peat accumulation. Although no peat soil occurs in the Goetchius study site, we included the depressional location because this wetland type is common in the region (Ballantine and Schneider, 2009). Also, agricultural on peat soils is known to result in complete loss of the peat (Welsch and Yavitt, 2007).
Study 1: Bulk Soil
In each of the 11 study sites, we established three locations to collect soils. The locations were determined at random from a numbered x-y grid over a map of the site and a random number generator. At each sample location we collected 100 g of soil from three points (0 to 10-cm depth interval) that were combined to make a composite sample for a total of 33 samples. We measured moisture content gravimetrically on fresh portions of each soil, collected in early spring, i.e., the wettest time of the year. Other portions were air-dried before extracting available cations and phosphorus using the Mehlich III extractant solution (Mehlich, 1984): elemental analysis was done using atomic emission–inductively coupled plasma (AE–ICP) spectroscopy at Cornell University Laboratories.
Study 2: Soil Structure
We characterized the distribution of soil mass, carbon, and nitrogen in hierarchical aggregates from nine sites in the study area. We excluded peat soils from the Reference Wetland +/− alder, given the organic nature of the soil. Soil aggregates were fractionated by wet sieving of an air-dried portion (ca. 25 g) of the <2 mm fraction of soil following the scheme in Elliott (1986). Briefly, soil was spread evenly on a sieve with an opening of >250 μm, the sieve was immersed in water for 5 min (slaking). The sieve was then moved up and down at a rate of 50 strokes in 2 min. Floatable material was decanted and saved (designated free POM; fPOM) since it was part of the <2 mm fraction. Material that passed through the 250-µm sieve was allowed to collect on or pass through a sieve with an opening of 53 µm. The three fractions were washed into pre-weighed pans, i.e., macroaggregates (>250 µm), free microaggregates (53–250 μm), and free < 53 µM (silt and clay) fraction which were then oven-dried at 60°C.
A subsample of the macroaggregate fraction was further separated. Briefly, 15 g of oven-dried macroaggregates were slaked in deionized water for 5 min. These samples were then gently shaken with 50 stainless-steel bearings (4 mm dia.) while submerged on top of a 250-μm sieve until all macroaggregates were broken. A continuous stream of water flushed the <250 μm material through the mesh in order to avoid the disruption of occluded microaggregates released from the macroaggregates. Further sieving of the <250 μm fraction through a 53 μm sieve resulted in three size fractions isolated from the macroaggregates, i.e., occluded POM (>250 μm), occluded microaggregates (53–250 μm) and occluded <53 µm (silt and clay). Each of these fractions was rinsed into pre-weighed aluminum pans, oven-dried at 60°C.
Soil carbon and nitrogen concentration and isotopic composition were measured at the Cornell Stable Isotope Laboratory in Ithaca, NY, using a Finnigan MAT Delta Plus mass spectrometer following combustion with an elemental analyzer (Carlo Erba NC2500; Thermo Finnigan, San Jose, CA, United States).
Study 3: Soil Metagenomics
We used soil from all 11 sites to assess environmental metagenomics. DNA was extracted using the MoBio PowerSoil DNA Isolation Kit following the manufacturer's protocol. Triplicate DNA extractions from the same soil core were combined to account for inner-core variability and to ensure sufficient DNA for sequencing. This was done for each of the three samples from the 11 sites, yielding a total of 33 DNA samples for sequencing. The DNA was sequenced at the Cornell University Institute of Biotechnology and was carried out using the NextSeq500 platform yielding 150 base long, single end reads.
Quality control was carried out using tools available at kbase (Arkin et al., 2018). Trimming of adapters and read quality assessment was carried out using trimmomatic using the kbase default settings (Bolger et al., 2014). Sample quality was then assessed using FastQC (Andrews, 2010), with default settings.
Sample dissimilarity analysis was performed using Mash with default settings on all reads. Mash utilizes a shared k-mer-based approach to compare sample read profiles and generate pairwise dissimilarity measures (Ondov et al., 2016). Sequence comparisons to identify reads derived from N-oxide genes were done using DIAMOND (Buchfink et al., 2015). For DIAMOND, sequence reads were used as a query in a blastx analysis against custom N-oxide protein data sets obtained from sequenced genomes available at JGI IMG. The maximum e-value for DIAMOND was set to 1 × 10–3 and downstream filtering limited alignments to those with a sequence identity of ≥60% and a contiguous match length of ≥25 amino acids. All reported read abundances are scaled to reads per million total reads to account for differing sequencing depths. Details are given in Nadeau et al. (2019).
Functional analysis of the metagenomic reads was determined using an open-sourced, stand-alone pipeline FMAP (Kim et al., 2016). Gene sequences were mapped to Kyoto Encyclopedia of Genes and Genomes (KEGG) Orthologies (KOs) database (Kanehisa et al., 2007, 2016) and were binned into pathways and modules. Default settings in FMAP were used to identify reads and to assign enrichment significance in the log2 (fold change) in the normalized read occurrence in comparisons of the triplicate samples between particular sites. In default mode differential abundances are determined using the Kruskal-Wallis rank-sum tests with normalization done using reads per kilobase per million.
Data Analyses
The preceding techniques produced three data sets: 1) carbon, nitrogen, pH and water content of bulk soil; 2) distribution of bulk soil among aggregate fractions; and, 3) gene abundances. We subjected all to simple exploratory analysis, calculating means +standard error (S.E., N = 3).
Site differences were evaluated with one-way Analysis of Variance (ANOVA). The low statistical power in the experimental design main effects (n = 11 sites; n = 2 +/− nitrogen fixers; n = 3 land use; n = 2 soil types) and interactions constrained our ability to draw real biological inferences with a full factorial ANOVA. Furthermore, the unbalanced experimental design with the present-day Farm, made it difficult to determine if non-significant results were caused by a true lack of differences or simply an artifact of sample size. Also, we follow the suggestion of Amrhein et al. (2019) and report means, estimates of variation, sample size, and p-values.
We used a repeated-measures ANOVA to evaluate how the aggregate fractions of soil varied across nine sites. A repeated measures design is the appropriate test because aggregate fractions are not independent of each other.
Differential responses by soils to the presence of nitrogen-fixing plants were assessed using Cohen's d effect sizes (Nakagawa and Cuthill, 2007). Cohen's d standardizes the direction and magnitude of the response by comparing where nitrogen-fixing plants (+ fixer) are present to the paired site with no fixer (− fixer). The units of d are Standard Deviations of the effect, and the effect is taken as statistically significantly different when the 95% confidence interval of d does not cross zero. This test is considered more informative than the t-test for paired comparisons, which provides only a dichotomous decision of significantly different, or not. The effect size test gives additional information on the magnitude of the difference (Sullivan and Feinn, 2012).
To examine the direct relationships, we calculated correlations among all pairs of variables in the data set. We examined both linear (Pearson r) and non-linear (Spearman rank rho) relationships. The large number of pairwise comparisons increased the likelihood of Type II errors (false negatives), and thus we used a Bonferroni correction (significance level P, times the number of variables, divided by the number of pairwise comparisons). This increased the confidence in positive findings at the cost of disregarding weaker correlations.
We did not employ higher-level multivariate statistical analysis for relationships among the data sets because assign variables to be dependent upon other variables could lead to spurious conclusions. Specifically, we now know there are feedbacks among soil organic matter, soil structure, and microbial community structure (Neal et al., 2020). For example, microbial community structure could depend upon soil organic matter and soil structure, whereas organic matter and soil structure could depend upon the soil microbial community involved in soil development. Therefore, correlation avoids spurious relationships.
Given the large number of genes in the metagenomic data set, we attempted to reduce the number of pairwise comparisons. To do this we relied on the KEGG database for orthhology and pathways (see below).
RESULTS
Study 1: Bulk Soils
Concentrations of carbon and nitrogen in bulk soils varied significantly across the 11 sites (Table 1). However, values in soils from both the Restored Upland and Restored Wetland sites were statistically similar to values in soils in the Farm (Ps > 0.05). In comparison, concentrations of carbon and nitrogen in soils from the Restored Upland sites were about 50% of the values in soils from the Reference Upland. Likewise, soils in the Restored Wetlands had significantly lower concentrations of carbon and nitrogen than soils in the Reference Wetlands.
TABLE 1 | Carbon and nitrogen concentrations and pH of soils from the 11 sites investigated in this study.
[image: Table 1]Nitrogen-fixing plants had a significant effect on carbon and nitrogen in bulk soils for all of the pairs of sites, except for the Reference Upland (Table 2). Positive values for Cohen's d in Table 2 indicate lower concentrations of carbon and nitrogen associated with nitrogen fixers, and thus the negative value in the Restored Wetland indicates that nitrogen-fixing alder enhanced concentrations of carbon and nitrogen in the bulk soils. Soil pH values ranged from about 4.00 to 5.21 with more acidic values associated with nitrogen fixers, except in the Reference Forest which had the highest pH among the soils measured. In the Reference wetlands, saturated soil water content was much less in sites with nitrogen fixers compared to paired sites without fixers.
TABLE 2 | Standardized mean effect sizes Cohen's d and 95% confidence intervals (CI) for the influence of nitrogen-fixing plants in five location on bulk soil carbon, nitrogen, and pH.
[image: Table 2]Study 2: Soil Aggregates
The proportion of bulk soil in the four (free) aggregate fractions (Table 3) varied significantly across nine sites (repeated-measures ANOVA F3,78 = 13.55, p < 0.0001). Macroaggregates were the largest fraction in soil from the present-day Farm, followed by free microaggregates then free <53 µm size class. In the other sites macroaggregates also were the largest fraction but its proportion was significantly greater in soils with nitrogen-fixing plants. Without nitrogen fixers, macroaggregates were generally <50% of the bulk soil and free microaggregates and the < 53 µm size were about 2-times more abundant compared to the paired site with alder trees.
TABLE 3 | Distribution of bulk soil mass in four free fractions of hierarchical aggregates from nine sites investigated in this study.
[image: Table 3]However, for the distribution of soil mass among the three fractions (occluded) within macroaggregates (Table 4), the analysis did not show a significant difference among sites (repeated-measures ANOVA F2,52 = 0.33, p = 0.7194). Yet a few patterns were evident. In the Restored Upland and Restored Wetland sites occluded microaggregates and the occluded <53 µm size class were about equal proportions in each site with values of about 15% each to 45% each. In contrast, in the Reference Upland and Reference Wetland sites, the occluded microaggregate fraction was larger than the occluded <53 µm size class.
TABLE 4 | Distribution of macroaggregate soil in three occluded fractions (occluded) from nine sites investigated in this study.
[image: Table 4]For most of the aggregate fractions, concentrations of carbon and nitrogen as well as the natural abundance of their stable isotopes varied statistically (p < 0.0071 Bonferroni Corrected) across the nine sites (Table 5). Across sites, the three occluded fractions accounted for more than 50% of soil carbon and soil nitrogen (Figure 1), with the proportion being more pronounced in the Restored sites than in the Reference sites. The distribution of carbon and nitrogen among these three occluded fractions varied considerably, with the occluded microaggregate fraction being the largest in some, but not all cases. Overall, however, more than 50% of the soil carbon and soil nitrogen was associated with free plus occluded microaggregate fractions.
TABLE 5 | Statistical p values averaged across nine sites investigated in this study for concentrations of nitrogen and carbon and natural abundance of stable isotopes in different fractions of hierarchical aggregates.
[image: Table 5][image: Figure 1]FIGURE 1 | Carbon and nitrogen in aggregate fractions of soil from nine sites. Bars are free fractions in bulk soil (f) and fractions occluded within macroaggregates (o).
The natural abundance of stable carbon and nitrogen isotopes showed lighter values in free POM than in the free microaggregate and free < 53 µm size class (Figure 2A). Notable, however, are enriched values for stable nitrogen isotopes in free POM from the soil from three sites: Farm, Restored Upland - alder, and Restored Wetland -alder. Although values for stable isotopes were more variable across the nine sites for occluded fractions, there was still a trend of heavier values between occluded POM vs. occluded microaggregates and occluded < 53 µm size class, except for stable carbon isotopes in soil from the Restored Upland - alder and Restored Wetland–alder (Figure 2B).
[image: Figure 2]FIGURE 2 | Natural-abundance of stable isotope ratios for carbon (A) and nitrogen (B) in aggregates of bulk soils from nine sites.
Study 3: Soil Metagenomics
A PCA plot based on a comparison of all the metagenomic reads (Figure 3) indicated that, with only a few exceptions, sites showed differences along axis one but there was some clustering of sites along axis 2. For example, the Restored Upland + alder site grouped with the Reference Upland along axis 1, whereas the Restored Upland-alder and the two Restored Wetland sites grouped with the Farm soil along axis 2. For the four Reference Wetland sites, the two streamside sites +/− Myrica clustered with each other, but for the Reference Wetland +/− alder the two sites were more dissimilar to each other.
[image: Figure 3]FIGURE 3 | PCA plot of metagenomic sample composition from the 11 sites using total metagenomic reads. Triplicate read sets were concatenated into one set for this comparison giving one point per site. Sample abbreviations are: RestUp–Restored Upland, RefUp–Reference Upland, RestWet–Restored Wetland, RefStrWet–Reference Streamside Wetland and RefDepWet–Reference Depressional Wetland.
Given the experimental design with sites +/− alder and the impact of added nitrogen, a more focused read analysis was made for the genes involved in denitrification (Figure 4). Reads from nitrate reductases, the initial step in denitrification, were in most sites mainly from the respiratory form (Nar) instead of the periplasmic form (Nap). The exceptions were the Restored Upland +/− alder and the Reference Upland-alder where occurrence of reads from both forms were similar. All sites had similar levels of reads assigned to nap. There was only limited variation in the occurrence of reads for nirK, which encodes the copper-containing nitrite reductase, with the Restored Wetland +/− alder having slightly higher read values than the other sites. Reads from the gene encoding the cd1-type reductase, nirS, were relatively low in all sites and showed limited variation. Reads for the cytochrome c-oxidizing nitric oxide reductase (Nor), cnor, showed a similar pattern to nirS in that they were relatively low occurrence in the reads and showed little difference between the sites. Reads from the quinol oxidizing Nor, qnor, occurred at significantly higher numbers than cnor. qnor reads also showed high variation within sample replicates, particularly in the Farm samples. Reads from the gene encoding the nitrous oxide reductase, nosZ, were relatively low in number but exhibited a somewhat similar pattern among sites as reads from the nar gene, in that samples from the reference upland +/− alder and the Reference Upland - alder had lower read occurrence than the other sites.
[image: Figure 4]FIGURE 4 | Mean read abundance from individual denitrification genes. Sample abbreviations are: RestUp–Restored Upland, RefUp–Reference Upland, RestWet–Restored Wetland, RefStrWet–Reference Streamside Wetland and RefDepWet–Reference Depressional Wetland. Error bars represent one standard deviation from the mean.
Given the experimental design with well-drained vs. poorly drained soil and potential methane production, a more focused read analysis was done for the mcrA gene as a marker for methanogenesis (Table 6). Reads coming from mcrA were most prominent in the Reference Wetland +/− alder, but significantly less in the portion where alder trees. Read abundance in the Reference Wetland +/- Myrica was lower than the Reference Wetland +/− alder and did not show a difference whether the nitrogen fixer, Myrica, was present, or not. Reads from mcrA were relatively more frequent in the Restored wetland and again with greater abundance in the situation without alder than when the tree was present. mcrA read abundance was below detection in the Farm and Upland sites. Reads from the methane oxidation gene pmoA were found in all 11 sites. The relative frequency of the gene was significantly less in the Restored Upland sites than in the Reference Forest sites. Interestingly, relative abundance of pmoA reads in the Restored Wetland sites were similar to values for the Reference Wetland sites.
TABLE 6 | Occurrence of genes associated with either methane oxidation genes (pmoA) or methanogenesis (mcrA) and normalized ratio of genes from 11 sites investigated in this study.
[image: Table 6]To gain a broader view of bacterial community structure we used FMAP, which assigns function to reads using the KEGG ortholog database as reference (Kim et al., 2016). Given the experimental design with a large number of pairwise comparisons of sites (N = 55 pairs of sites), as well as the number of ortholog sequences in the KEGG database (>20,000), we only report the number of genes that were significantly enriched in some of the more relevant pairwise comparisons (Table 7). These differences serve as a proxy for similarities or differences in the physiological potential in the bacterial community. As expected, pairwise comparisons of sites that were adjacent in the PCA plot (Figure 3) generated relatively low numbers of orthologs with significant enrichment in one or the other of the paired sites. For example, for the Reference Streamside Wetlands +/− Myrica, which were fairly close on both PCA1 and PCA2, there were 93 orthologs that were significantly enriched in one or the other. In contrast, sites that showed large dissimilarity in the PCA plot had a relatively larger number of orthologs that showed significant enrichment in one or the other of the paired sites. For example, there were 2,286 significantly enriched orthologs in a pairwise comparisons of reads from the Reference upland - alder sites to those from the Reference Depressional Wetland - alder.
TABLE 7 | Number of KEGG orthologs with statistically significant greater abundance in pairwise comparison between sites. KEGG Pathways affected by differential read abundance.
[image: Table 7]The FMAP data (Table 7) also show that restoration of the soil bacterial community has progressed further in the uplands than in the wetlands. The restored uplands have only 382 KEGG orthologs with differential abundance between Restored and Reference, whereas there are still 536 KEGG orthologs with differential abundance between Restored and Farm. In contrast, the restored wetlands have 840 KEGG orthologs with differential abundance between Restored and Reference Streamside Wetland and 740 KEGG orthologs with differential abundance between Restored and Farm.
DISCUSSION
General
The recovery of post-agricultural land is undoubtedly related to its land use history (Bell et al., 2020). The work of Flinn and Marks (2007) provide a useful description of the agricultural history in the region that includes our study sites. Tompkins County in New York State was completely forested in 1790 prior to European colonization. Land use change for agriculture accelerated after 1850 reaching a peak in 1900. Dairy farming was the predominant form of agriculture resulting in a mix of pasture, hay and other crops. Woods, brush, and fallow were intermixed across the landscape. Widespread farm abandonment in the 1900s allowed forests to reclaim much of the landscape, and by 1995 forests covered 54% of the county (Flinn et al., 2005). Wetlands in the region were drained, mostly by ditching and dikes to channel water away and create more agricultural land (Walters and Shrubsole, 2003). Many of the wetlands were likely covered with soil that eroded from uplands (McCarty et al., 2009) that buried remnants of the original wetland, making it difficult to know the endpoint per se for wetland restoration.
A pertinent question in agriculture is the amount of nitrogen fertilizer used. Unfortunately, we do not have a complete record for the site. However, widespread use of synthetic fertilizers occurred mostly after 1960 (Davidson, 2009) and might not have been extensive in the region due to its excessive cost. Since synthetic fertilizers are produced by fixation of atmospheric nitrogen, they typically have a natural abundance for stable nitrogen isotope value of 0 (Nikolenko et al., 2018), similar to that for plants with symbiotic nitrogen fixation (Soper et al., 2015). But this did not dominate values for bulk soils or soil aggregates (discussed below). However, we cannot rule out manure having been applied to the soils, which generally has an isotope value of >+5 (Bateman et al., 2005), which is similar the that for decomposed organic matter.
Bulk Soils
Unfortunately, we also do not know the level of organic matter in bulk soil when agriculture was abandoned on the site. Nevertheless, comparison of the present-day Farm with the Reference Upland sites suggests that agriculture reduced bulk soil carbon by about 55%, whereas nitrogen was reduced by about 40% (Table 1). This reduction in soil carbon is larger than the reduction of 30% in soil carbon often assumed to occur as a consequence of cultivation (Davidson and Ackerman, 1993; Murty et al., 2002). Thus, over-worked soil is likely one reason agriculture was abandoned on the site.
For the poorly drained soils, our findings suggest bulk soils lost more than 80% of its carbon and 50% of its nitrogen as a result of agriculture (Table 1). There is some evidence in the literature that soils in poorly drained areas suffer less agriculture-induced soil carbon losses compared to better-drained soils (Jelinski and Kucharik, 2009). However, it is difficult to generalize about the fate of the missing carbon and nitrogen in the study area. For instance, agriculture increases the likelihood of wind erosion of the soil, in particular, for depressional wetlands. This occurred in relatively deep soils in depression wetlands along the south shore of Lake Ontario in New York State that were converted to agriculture and were productive for only about 50 years due to drastic loss of soil (Kojima, 1947), The rate of soil loss was much faster than could be explained by microbial decomposition of plant residue and soil organic matter (Welsch and Yavitt, 2003, 2007) suggesting that the fine texture organic matter was wind eroded when fields were fallow.
Thus, our findings provide virtually no evidence that organic matter levels have recovered in the bulk soil samples since agricultural abandonment. This is perhaps not surprising as recovery of carbon and nitrogen in post-agricultural soils can be a slow process (McLauchlan, 2006), with estimates ranging from tens to several hundred years (Jandl et al., 2007; Krause et al., 2016). A slow recovery rate also suggests a long mean residence time for the pool of soil organic matter. According to reservoir theory (Eriksson, 1971), recovery from agricultural practices takes, at least, one residence time and three residence times for nearly complete recovery.
The findings here did not present a clear picture for alder contributions to restoration in these sites (Table 2). Typically, it is assumed that nitrogen added via fixation simulates plant production, which ultimately increases soil organic matter (Knops et al., 2002). Although this seems to be occurring in the Restored Wetland, there was no evidence for increased soil organic matter associated with alder in the Restored Upland site. Also, none of the Reference sites had greater amounts of soil organic matter from plants associated with nitrogen fixation. One possible explanation is that plants growing with nitrogen fixers do take-up the extra nitrogen, but the outcome is merely plant tissue that decomposes more readily (Hoogmoed et al., 2014; Averill and Waring, 2018)), without enhancing soil organic matter.
Soil Structure
Our study of soil aggregation produced several unanticipated findings. Despite the well-known finding that macroaggregates and, perhaps, even free microaggregates are disrupted by tillage (Six et al., 2000), macroaggregates were a prominent feature of bulk soils in the present-day Farm. The finding here is likely related to the type of agricultural practice used in the region, which is rotation of corn, hay, clover, and cover crops. At the time of sampling, the present-day Farm had a mixture of grasses and clover. Common pasture grasses tend to be colonized by arbuscular mycorrhizal fungi, some of which are very good at promoting soil aggregation (Lehmann et al., 2017). Indeed, Milne and Haynes (2004) showed that some grasses can restore aggregate stability quite quickly especially when tillage does not occur annually. In contrast, macroaggregates being a smaller proportion of the bulk soil in the Restored Upland-alder site might be related to dominance by goldenrod plants (Solidago sp.) that have been shown to have little impact on soil structure (Zubek et al., 2020). The contrasts in soil aggregation among sites in our survey show there is still much to be learned about plant species' influences on soil aggregation.
For example, our findings show that alder roots are particularly good at promoting soil aggregation. This is likely related to the diversity of mycorrhizae associated with alder roots. Alder forms well-known relationships with ectomycorrhizal fungi (Põlme et al., 2013) and actinobacterial Frankia, which is responsible for the nitrogen-fixing capacity. However, young alder trees also often form associations with arbuscular mycorrhizal fungi (Chatarpaul et al., 1989) that are much better at soil aggregate formation. Indeed, Enkhtuya and Vosatka (2005) showed that mycorrhizae on young alder trees were able to make direct connections with grasses that further promoted soil aggregation. This suggests a benefit of alder promoting soil structure that goes beyond its nitrogen-fixing capability.
Across the sites, the predominance of soil carbon and nitrogen within macroaggregates is not surprising, given the well-known protection afforded organic matter when physically removed from soil decomposers (Lehmann et al., 2020). Furthermore, both free and occluded microaggregates had the largest amount of soil carbon and nitrogen. According to the hierarchy theory of aggregate formation (Tisdall and Oades, 1982) microaggregates form more readily within macroaggregates, and thus free microaggregates are thought to be those released from macroaggregates via disturbance, i.e., tillage. Although the timing of microaggregate formation depends on many soil factors (Totsche et al., 2018) it is generally believed to occur on a century rather than decade time scale. Thus, it is likely in our sites have not had enough time for complete formation of microaggregates occluded within macroaggregates. Therefore, the free microaggregates were likely inherited from pre-agriculture soil and released during the agricultural phase.
Although the stable isotope values for POM were generally lighter than values for microaggregates and <53 µm size class, of particular interest are the relatively large (enriched) values for stable nitrogen isotopes in free POM from the Farm and Restored Upland and Restored Wetland sites (Figure 2). The most likely explanation for heavier values in POM is extensive decomposition of the relatively fresh plant residue that is the origin of free POM in the mineral soil. For microaggregates and the <53 µm size class the relatively large (enriched) values for stable isotopes also suggest that protected organic matter is what remains after microbial decomposition. It is possible that the protected organic matter was derived from manure applied to the soil during the agricultural phase. Regardless of the source, and despite some evidence in the literature for fresher organic matter in occluded fractions in restored sites (cf., Kalinina et al., 2018), the results point to well decomposed organic material being protected with soil aggregation. This finding seems to apply across all the land uses, farm, restored, and reference, whereby fresher organic matter that is unprotected decomposes quickly. This is perhaps not surprising and has been observed in other systems (Liao et al., 2006).
Soil Metagenomes
Many studies have accessed the soil microbial community in terms of taxonomic identity of community members and statistical inference of turnover in community composition among treatment sites (cf., Turley et al., 2020). Here we focused on gene abundances instead of taxonomic identity as gene abundances provide deeper insight into the microbial processes that are occurring among sites, i.e., via metabolic pathways (cf. Yavitt et al., 2020).
As a result, we found that only one of the restored sites, the Restored Upland + alder, clustered with a plausible recovery endpoint, the Reference Upland − alder (Figure 3). The other three Restored sites showed closer affinity to the present-day Farm, suggesting relatively minor recovery of soil bacterial community structure. We have no a priori reason why the Restored Upland + alder site showed recovery. Since the site had alder, this gives a role for alder trees in restoration of post-agricultural soils that extends beyond the symbiotic nitrogen-fixing capacity of the tree.
Examination of gene abundances does help us resolve the appropriate endpoint for restoration of the post-agricultural wetlands, i.e., Depressional or Streamside. We do not know with certainty since the original wetland was lost long before we sampled the soils. However, the Restored Wetland had a soil bacterial metagenome with closer affinity to the Reference Streamside Wetland (+/− Myrica) than the Depressional Wetland (+/− alder). This conclusion is based on separation of the Restored Wetland from the Reference Depressional Wetland on the first axis of the PCA plot, whereas separation from the Reference Streamside Wetland occurred on the second axis. This indicates greater dissimilarity on the first axis (Lever et al., 2017). Another reason is there being fewer significantly different orthologs between the Restored Wetland and the Reference Streamside Wetland than a similar comparison but with the Reference Depressional Wetland (Table 7). Both types of wetlands occur in the region. Therefore, comparisons of metagenomes appear to be an insightful way to link habitats together at the landscape scale.
The examination of denitrification genes revealed only a few notable differences among sites. On one hand, this is surprising since the landscape contained soil ranging from well drained to poorly drained, with an a priori prediction of greater presence of denitrification genes in the poorly drained soils (Groffman and Tiedje, 1989). On the other hand, homogenization of the landscape during the agricultural period might have eliminated differences that have been slow to recover (Zhu et al., 2017). Moreover, there was no consistent effect of nitrogen fixers, alder or Myrica, on the abundance of denitrification genes. One notable exception was in the Reference Upland, where, for most of the denitrification genes, abundance was greater in the situations with alder than without. Presumably, this reflects the addition of fixed nitrogen to the well-drained soil with a long-established presence of alder.
For methane cycling, reads associated with methane oxidation (pmoA) but no reads associated with methane production (mcrA) in the well-drained soils suggest that the sole source of methane was atmospheric. This is well-known and has been observed many times in a wide range of soils (cf., Cai et la. 2016). Here greater abundance of pmoA reads in the Reference Forest than in Farm and Restored soils suggest that methane-oxidizing bacteria were impaired by agriculture and have been slow to recovery. There is evidence that the recovery of atmospheric methane consumption might take more than 50 years in post-agricultural soils (Hudgens and Yavitt, 1997). Although differences in the abundance of reads for pmoA occurred here, the three KEGG pathways associated with methane oxidation (M00344 xylulose monophosphate pathway; M00345 ribulose monophosphate pathway; and, M00346 serine pathway) did not show significant differences in any of the pairwise comparisons. Hence, further work is needed to assess whether rates of atmospheric methane consumption differ across the landscape.
All of the poorly drained soils showed mcrA reads, which is not surprising for wetland soils. Here the number of reads was statistically similar between the Restored Wetlands and Reference Wetland soils, suggesting rapid recovery of methane production capacity when wetland hydrology is restored. How mcrA persists in a landscape when, presumably, all of the wetlands have been drained, farmed, and allowed to dry is still unclear.
A straightforward interpretation of community structure provided by FMAP is an index of dissimilarity, in this case in gene abundances, between pairs of sites. This view of dissimilarity is akin to dissimilarity in community composition used by ecologists (Anderson et al., 2011). The largest differences, in our cases, between sites with different soil drainage (Table 7) makes sense since soil drainage, well drained vs. poorly drained, has shown to influence bacterial community composition (Suriyavirun et al., 2019). The FMAP analyses also support the conclusion that soil restoration is occurring faster for the Upland sites than the Wetland sites.
It is perhaps not surprising that most of the genes still showing differential abundances between pairs of sites were in KEGG pathways carbon and nitrogen metabolism, genetic and environmental information processing, and aromatic metabolism (Table 7). The Carbon Metabolism group likely reflects catabolism of new compounds in the soil derived from shifting patterns of plant species associated with farming, restoration, and natural vegetation. This is consistent with dissimilarity in the Environmental Information Processing pathway, which largely consists of genes involved in transport of a variety of compounds across cell membranes (Rice et al., 2014). Genetic Information Processing includes genes involved in repair of nucleic acids but also transposable elements. Transposable elements are often associated with the spread of novel catabolic genes within communities (Sun and Badgley, 2019).
Relationships in the Data Set
Admittedly, the study has a complex experimental design with 11 sites, two soil drainage classes, forested and non-forested sites, and current, past and not any agricultural practices. Although complex, such post-agricultural landscapes are common. A complication is how the three soil parameters examined here (organic matter, structure, and gene abundances in the bacterial community) are dependent on each other, which is less clear than often presented. We hesitate assigning cause and effect intuitively among the three parameters to avoid spurious relationships.
Therefore, we rely upon correlation analyses (Table 8). For example, our finding strong relationships between percentage of occluded microaggregates and abundance of denitrification reads (Pearson r = 0.49), pmoA reads (r = 0.62), and mcrA reads (r = 0.53) go along with the explanation that denitrification and methane cycling occur within these highly protected soil structures (cf., Neal et al., 2020). On the other hand, before labeling strong correlations between the percentage of occluded microaggregates and concentrations of carbon and nitrogen (r = 0.62) as organic matter protection, it is important to recognize that carbon and nitrogen compounds are the glue that hold microaggregates together.
TABLE 8 | Correlation coefficients (Pearson r) for multiple comparisons among soil parameters.
[image: Table 8]CONCLUSION
It is an exciting time to study soil recovery from agricultural practices. The potential for carbon sequestration in soil organic matter has implications for atmospheric carbon cycling and global climate, despite still being uncertain (cf., Clark and Johnson, 2011). Long-term sequestration of nitrogen has implications for downstream water quality (cf., Van Meter et al., 2016). Increased genomic information is offering insight into the physiological potential of the bacterial community not possible even five years ago. Integrating bacterial functions with the dynamics of soil organic matter and soil structure is a challenge. However, linking soil organic matter to structure to soil organisms will generate a robust understanding of soil recovery.
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Natural hydrological fluctuations within river floodplains generate habitat diversity through variable connections between habitat patches and the main river channel. Human modification of floodplains can alter the magnitude and frequency of large floods and associated sediment movement by interrupting these floodplain connections. The lower Wolastoq | Saint John River and its associated floodplain wetlands are experiencing anthropogenic disturbances arising from climate change, increased urbanization in the watershed, changing upstream agricultural landscape practices, and, most notably, major road and dam construction. By comparing digitized aerial images, we identified key periods of change in wetland extent throughout an ecologically significant component of the floodplain, the Grand Lake Meadows and Portobello Creek wetland complex, with significant erosion evident in coves and backwater areas across the landscape following dam construction and significant accretion around the Jemseg River following highway construction. Connectivity and hydrological regime also influenced other habitat components, namely nutrients and metals retention, as well as the composition of the local macrophyte community. These findings address two key aspects of floodplain management: (1) understanding how hydrological alteration has historically influenced floodplain wetlands can inform us of how the ecosystem may respond under future conditions, such as climate change, and (2) the mechanisms by which habitat diversity and disturbance regimes filter biological communities, with the potential for patches to host a rich biodiversity continuously supporting critical ecosystem functions.
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INTRODUCTION

River floodplains are subjected to habitat shaping disturbances, and as a result, spatiotemporal creation of patch diversity can promote high biodiversity through niche differentiation and environmental filtering (Ward et al., 1999; Amoros and Bornette, 2002; Tockner and Stanford, 2002). This reflects the Intermediate Disturbance Hypothesis (i.e., few taxa can survive in habitats with high disturbance and many taxa are outcompeted by competitive dominants in habitats with low disturbance; Connell, 1978). Floodplains constitute dynamic habitats, exhibiting a complex and seasonally variable natural stress regime for floodplain species; anthropogenic alteration of the natural state of a floodplain wetland can impose additional stress on these naturally resilient communities, with potentially negative consequences for local biodiversity and ecosystem integrity (e.g., Arias et al., 2018).

Essential characteristics of floodplains, such as shifting boundaries between lentic, lotic and terrestrial habitats, are driven by flood pulses (Junk et al., 1989). Flood pulses cause the vertical and horizontal inundation of the land surrounding rivers, as fed by groundwater, rain, snowmelt or ice jams (Junk et al., 1989). Although it was historically thought that flooding was a stress, (i.e., a chronic drain on the ecosystem that cannot be overcome by species replacement or adaptation), it is now realized, on the contrary, that flood pulses are an essential ecological disturbance, hydrologically linking the river and its floodplain, and replenishing sediment, nutrients and biological propagules to floodplain wetlands (Tockner et al., 2010). Natural hydrological fluctuations within the wetlands of intact floodplain-river ecosystems create habitat diversity through altered connectedness of floodplain patches to the river’s main channel (Amoros and Bornette, 2002). Sediment deposition creates oxbows, swales, backwaters and levees in the wetlands (Venterink et al., 2006), while sediment composition and nutrient influx influence plant community structure (Rejmankova, 2011; Rooney et al., 2013). Varying degrees of hydrological connectedness of wetland patches also creates spatial heterogeneity in water temperature, suspended solids and turbidity, nutrient content, and substrate composition, all of which can influence biodiversity patterns (Amoros and Bornette, 2002).

The unpredictable timing of flood and drought years similarly creates a mosaic of patches at different stages of succession (Bayley and Guimond, 2008; Tockner et al., 2010). Water level directly influences submerged and emergent macrophyte dynamics. Deep, open water habitats are dominated by beds of submerged macrophytes and abundant planktonic communities (Brock et al., 1999). Comparatively, shallow wetlands, often protected from exposure, are characterized by diverse emergent plant communities, floating aquatic plants, and diverse associated vertebrate and invertebrate communities (Brock et al., 1999). As the floodplain shifts between flood and drought years, water levels in the associated wetlands create a changing mosaic of habitats, with the emergent edge community advancing on the submerged macrophyte beds as open water levels decrease (Brock et al., 1999).

Upstream water level manipulation of rivers by dam impoundment alters the natural dynamics of hydrological fluctuations within downstream floodplain wetlands. By reducing water flow through the system, dams and other impoundments can disconnect rivers from their floodplains, and consequently these floodplains no longer receive the seasonal inputs of sediment, nutrients and propagules required for healthy functioning (Kingsford, 2000; Tockner et al., 2008). For example, barriers, including dams, have been shown to impact dispersal of macrophytes (Jones et al., 2020) and migratory fish (Barbarossa et al., 2020), through altered longitudinal and lateral connectivity. Even when the connection between the river and the floodplain remains intact, water level manipulations can homogenize flows into wetlands (Tockner et al., 2008). Through hydropeaking, even run-of-the-river dams can significantly alter downstream hydrology; water may be released at regular intervals or steadily, unlike the variable flood pulses in a natural system (Almeida et al., 2020). In temperate rivers, where ice jams are an important driver of spring flood pulses (Tockner et al., 2010), dams can create physical barriers to ice, altering ice regimes by impacting the probability and location of ice jams, and thus the volume and timing of the spring freshet (Huokuna et al., 2020). Dams also change sediment dynamics in the river by trapping fine sediment behind impoundments, starving them of nutrients and leaving downstream riverbeds composed of greater proportions of gravel (Csiki and Rhoads, 2014). When water is released downstream, as in large flood years, the resulting flow can scour the floodplain (Galat et al., 1998; Csiki and Rhoads, 2014). In many rivers, hydrological isolation, or reduced connectivity of the river and its floodplain has drastically changed the landscape and reduced wetland extent (Galat et al., 1998; Tockner and Stanford, 2002). Altered flood regimes, a decrease in propagule rejuvenation, and a change in sediment composition and nutrient chemistry can create habitats where few species thrive, decreasing biodiversity within the ecosystem.

Due to lack of comparable global inventories, arising partly due to difficulty in determining wetland boundaries, a reliable pre-Anthropocene estimate of wetland extent has yet to be produced (Revenga et al., 2000). After an approximated loss of at least 50% of wetlands in the last century alone (Myers, 1997), current estimates put global coverage at 10% of the earth’s surface, with floodplains comprising 15% of this (Tockner et al., 2008). Over the last three decades, almost 90,000 km2 of permanent surface water has been lost, but overall, surface water has increased, due in large part to the creation of new permanent water bodies as hydropower reservoirs (Pekel et al., 2016). Our human footprint is most apparent in river floodplains; due to increasing human pressure and a desire to train rivers to meet our needs, almost 90% of floodplains in the Northern Hemisphere have been altered to the point of functional extinction (Tockner and Stanford, 2002). In fact, recent floodplain chronostratigraphy work by Brown et al. (2018) states that millenia-long interventions to river-floodplain systems in Europe have altered riverscapes to the point where it is no longer possible to identify their natural state. The prevailing model of lowland meandering channels with silt-clay floodplains may actually be a result of centuries of anthropogenic use, including the construction of weirs and water mills, channel maintenance, controlled flooding and grazing pressure (Varga et al., 2013; Brown et al., 2018). Comparatively, in North America, modifications to rivers and their floodplains have taken place more recently (Brown et al., 2018), suggesting that it could be possible to protect the remaining wild rivers that still maintain connectivity with their floodplains.

The lower Wolastoq | Saint John River watershed is one of the last examples of a largely intact Atlantic river floodplain, acting as a vital reservoir for rare and endangered species and as an important nursery, nesting habitat and flyway for migratory and transitional species (Washburn and Gillis Associates Ltd, 1996). Despite its outstanding conservation value, it has nevertheless been subjected to multiple anthropogenic disturbances in the form of upstream dam construction and major local highway construction against a background of anthropogenic climate warming (Washburn and Gillis Associates Ltd, 1996; Canadian Rivers Institute, 2011; Stantec Consulting Ltd., 2015). In the past century, the hydrologic alteration of the watershed has proceeded during the construction and operation of 11 hydroelectric dams, 3 of which are located on the mainstem of the river (Canadian Rivers Institute, 2011). The most significant of these are Beechwood Hydroelectric Station (“BHS”) and Mactaquac Generating Station (“MGS”). The construction of these run-of-the-river dams in the 1950s and 1960s created large reservoirs and altered downstream hydrology of the river (Canadian Rivers Institute, 2011; Stantec Consulting Ltd., 2015), and while the Wolastoq | Saint John River still maintains connectivity with its floodplain, alteration of water and sediment flows into its floodplain has almost certainly occurred. Like many floodplains globally, the lower Wolastoq | Saint John River and its associated floodplain wetlands, including the Grand Lake Meadows and Portobello Creek wetland complex (collectively denoted as the “GLM complex”) have experienced an increase in the magnitude and frequency of large floods (Canadian Rivers Institute, 2011), thought to be linked to the hydrological alteration of the flood pulse. Understanding the present and future consequences of these hydrological alterations is critical for future mitigation of human impacts on the floodplain in an era of global human-driven climate change.

This study aimed to determine if there are areas that have experienced significant change to floodplain wetland extent associated with major anthropogenic disturbance within the Wolastoq | Saint John River watershed, and to determine if these areas are responding similarly in terms of habitat structure and environmental stressors. This was done by (1) quantifying how wetland habitat has changed over the last 70 years and identifying areas of highest change, (2) examining habitat diversity across the GLM complex and classifying areas that potentially experience higher levels of disturbance, and (3) determining if those high disturbance areas remain protected by current conservation protection measures. In answering these questions, we can identify habitat diversity and disturbance regimes that may dictate how the ecosystem and its communities will respond to future disturbance events. A key outcome of this work is to provide a habitat template for future studies examining the response of biodiversity-ecosystem function relationships to disturbance regimes. This has important policy implications as well, as outcomes may inform policy makers on where best to prioritize conservation efforts.



MATERIALS AND METHODS


Study Sites

This study was focused on Atlantic Canada’s largest freshwater wetland complex, the Grand Lake Meadows and Portobello Creek wetland complex (the GLM complex; Figure 1). The region is part of the Atlantic Maritime ecozone, with average annual temperature of 5.6 ± 2.9°C and average annual precipitation of 1077.7 mm (Canadian Climate Normals data for station 8101500, calculated between 1981 and 2010; Government of Canada, 2020). The GLM complex is part of the floodplain of the Wolastoq | Saint John River; in the spring, driven by ice jams and the spring freshet, water overflows the banks of the river into the floodplain (Washburn and Gillis Associates Ltd, 1996; Cunjak and Newbury, 2005). Within the floodplain, over 85% of the GLM complex’s 9,000 ha is flooded annually (Washburn and Gillis Associates Ltd, 1996), linking floodplain wetlands with the main river channel and allowing for the replenishment of sediment and nutrients. The annual flood pulse flows into the wetland complex through the westernmost streams and channels, draining from the floodplain back via the Jemseg River to the Wolastoq | Saint John River main channel (Figure 1; Washburn and Gillis Associates Ltd, 1996). Compared to other inland freshwater wetlands in the province, the GLM complex is extremely productive, fueled both by seasonal flooding from the spring freshest and an accelerated biogeochemical cycle from the process of wetting and drying (Washburn and Gillis Associates Ltd, 1996). The floodplain connects the Wolastoq | Saint John River to Grand Lake, the largest lake in the province; this lake is so large that it influences local climate, warming the surrounding area by several degrees, supporting the formation and maintenance of unique habitats for this region of the country, including extensive silver maple swamps (Washburn and Gillis Associates Ltd, 1996; Broster and Dickinson, 2015).
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FIGURE 1. Study sites within the GLM complex relative to different protection strategies, including Portobello Creek NWA (blue) and Grand Lake Meadows PNA (orange). Key locations are labeled. Sites are grouping into Portobello Creek NWA sites (triangles), Grand Lake Meadows PNA sites (circles) and sites in areas of no known protection strategy (i.e., “unprotected”) (squares). The dominant flow of water into the wetland complex during the open water season is outlined by arrows. The old road (not raised and frequently overtopped) and the new Trans-Canada Highway (raised) are depicted in gray and red, respectively. Inset map shows location of sampling (red box) and upstream generation stations (BHS, Beechwood Hydroelectric Station; MGS, Mactaquac Generating Station) in relation to Wolastoq | Saint John River watershed and the mainstem of the river.


As part of the Wolastoq | Saint John River watershed, the GLM complex is subjected to the numerous anthropogenic influences that occur within the riverscape, including upstream dam construction (BHS is located 180 km upstream from the GLM complex and MGS is 45 km upstream), the construction of a new section of the Trans-Canada Highway through the downstream end of the wetland complex (constructed in 2001), agricultural activity, human settlement, and public recreational use. To minimize the potential impact of these threats, portions of these wetlands are protected by the New Brunswick Provincial Government, as the Grand Lake Meadows Protected Natural Area (GLM PNA) and by the Federal Government of Canada, as the Portobello Creek National Wildlife Area (PC NWA) (for more information on permitted activities within these protected areas see Supplementary Table 1). Across the edge of the GLM complex, 60 sites were sampled between June 2017 and August 2017 (Figure 1). Sites were distributed between three levels of protection: (1) unprotected (n = 12), (2) non-contiguous protection (GLM PNA; n = 24), and (3) contiguous protection (PC NWA; n = 24). All sites were accessible by boat from the lake edges but were disconnected from the main channel of the Wolastoq | Saint John River at the time of sampling. Each sampling site represented aquatic wetland habitat, consisting of emergent and submerged macrophytes, and extended from the edge of terrestrial high marsh vegetation to open water. A pair of bamboo poles marked the midpoints for each site and all biotic and abiotic samples were taken within 50 m of these poles for each site.



Determination of Historical Change in Wetland Extent

To determine change in wetland extent across the shoreline of the GLM complex since major human-driven change within the watershed, the historical shorelines were compared for pre- and post-construction of major dams (BHS, constructed in 1957, and MGS in 1968) and a portion of the Trans-Canada Highway (2001) in the Wolastoq | Saint John River watershed. Aerial photographs (processed at 1 m pixel resolution) from 3 years (1951, pre-dam construction; 1983, post-dam/pre-highway; 2014, post-highway; Figure 2) were obtained from the New Brunswick Department of Natural Resources and Energy Development, digitized, and georeferenced using ArcGIS (version 10.6.1; Environmental Systems Research Institute [ESRI], 2018) with a minimum of 10 control points per photograph. The shoreline for each year was digitized, closely following the wetland edge at a 1:25 scale, with a starting distance of 1.6 m between points, with quality control checks performed at regular intervals. An onshore baseline (Figure 2) from which to correct and measure historical shorelines was manually created with a new feature class in ArcGIS (version 10.6.1; Environmental Systems Research Institute [ESRI], 2018) following the recommendations of the USGS Digital Shoreline Analysis software protocol (Himmelstoss et al., 2018); subsequently, all measurement transects extended orthogonally from the baseline.
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FIGURE 2. Timeline of local anthropogenic alteration within the lower Wolastoq | Saint John River and the aerial photographs of the GLM complex which were digitized and used to assess historical change to wetland extent.


Since the aerial photographs were taken in different seasons depending on the year, the water levels for all shorelines required correction to a common mean water level (MWL). Final points along these lines were adjusted using the one-line shift method developed by Chen and Chang (2009), which shifts extracted shorelines on three sequential images to the corresponding shorelines based on MWL. The MWL was calculated for the open water season (May– October) between 2001 and 2017 for the Jemseg River (01AO004; mean=1.734m) and Lakeville (01AO010; mean=1.810m) gauging stations; these data were accessed through the HYDAT database available from the Water Survey of Canada (2017). The 1950s photographs were taken before the Lakeville and Jemseg River gauges started recording so data were infilled using a regression between the two GLM complex gauges (01AO010 and 01AO004) and a nearby gauging station in Fredericton (01AK003) using all available open water data. Seventy percent of the data were randomly assigned to be used for calibration and 30% were saved for model validation, and the models were assessed using the Nash-Sutcliffe coefficient (Nash and Sutcliffe, 1970; 01AO010: calibration = 0.96, validation = 0.95; 01AO004: calibration = 0.94, validation = 0.93) and Root Mean Square Error (RMSE; 01AO010: calibration = 0.05 m, validation = 0.05 m; 01AO004: calibration = 0.03 m, validation = 0.04 m).

Perpendicular transects were generated every 25 m along the common onshore baseline and extended through all corrected historical shorelines (Figure 3). Shoreline change was measured for each perpendicular transect from the baseline to the shoreline and the change between 1951 and 1983, 1983 and 2014 and overall change (1951–2014) was calculated (Figure 3). For each set of measurements along a transect, the change was ranked from largest (1) to smallest (3) to compare during which period the most change occurred across a gradient of magnitudes. A categorical scatterplot (also known as a dot plot) was made with the resulting data to visualize how shoreline change was distributed across the time periods, with each measurement represented as an individual dot on the plot, and measurement classes grouped into bin sizes [plot made with the ggplot2 package (version 3.2.1; Wickham, 2016) in R (version 3.5.3; R Core Team, 2019)]. The y-axis was log-scaled for easier visualization of the extreme ends of the data. To visualize historical change across the time periods, ArcGIS (version 10.6.1; Environmental Systems Research Institute [ESRI], 2018) was used to extend the calculated differences were along the baseline, splicing the polyline at each transect and applying the calculated value to that section; no values were assigned outside of a 200 m buffer around a given transect and areas without available measurements were assigned as “no data.” Historical change values that were negative and positive were classified as “erosion” and “accretion,” respectively.
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FIGURE 3. Diagram depicting how historical change of wetland extent within the GLM complex was measured from the corrected shorelines derived from aerial photographs. Shorelines were calculated for the edge of the wetland where sites are shown in Figure 1. Transects extended from a manually created baseline through shorelines, resulting in measurements between 1951 and 1983 (x2 – x1), 1983 and 2014 (x3 – x2), and overall change (x3 – x1).


Examination of plots of historical change across the time periods showed that extreme erosion or accretion events appeared to differ between time periods. To test this, the data were first filtered to areas that were exhibiting sensitivity to extreme change, defined as over 30 m of either erosion or accretion aligning with natural break points for at least one time period per transect. Data were separated for testing of erosion and accretion between the two periods, where erosion was hypothesized to be highest between 1951 and 1983 (n = 381 transects/period) and accretion was hypothesized to be highest between 1983 and 2014 (n = 459 transects/period) based on visual inspection of the plots of historical change. Both models violated parametric assumptions (Shapiro-Wilk normality tests: accretion p < 0.001, erosion p < 0.001; Levene’s Test for Homogeneity of Variance: accretion p = 0.0027, erosion p = 0.6345), and so a paired, one-tailed Wilcoxon Signed-Rank test was performed for each in R (version 3.5.3; R Core Team, 2019) to test if change differed between periods.



Abiotic Variables

Grab samples for water chemistry were collected using the Canadian Aquatic Biomonitoring Network (CABIN) wetland protocol standard operating procedures (Armellin et al., 2019) in June and July 2017, 1 month apart (N = 2 sets of water samples per site; triplicate samples collected at 10% of sites), and analyzed at the Environment and Climate Change Canada’s National Laboratory for Environmental Testing (NLET) for a standard suite of ions, metals, and nutrients (Environment and Climate Change Canada’s National Laboratory for Environmental Testing, 2013). Due to the likelihood of fluctuations of spot measurements across space and time, measurements for each site were averaged prior to analysis. For a full analyte list of measured abiotic variables (see Supplementary Tables 2, 5).

Grab samples of wetland sediment (N = 1 per site; triplicate samples collected at 10% of sites) were collected following CABIN wetland protocol standard operating procedures (Armellin et al., 2019) and stored in the refrigerator in glass containers until transferred to RPC laboratory- New Brunswick’s provincial research organization- in Fredericton, NB for analyses. Following EPA standards (United States Environmental Protection Agency, 1996) samples were analyzed for trace elements, total organic, and inorganic carbon, grain size, and composition (sand, silt, gravel, and clay).

The temperature profile of sites was measured over the sampling period using HOBO pendant temperature loggers (P/N UA 001 64) set to record every 5 min for the duration of the sampling period. Hourly water depth measurements were taken from HOBO water level loggers (range 0–4m, P/N 20-001-04) randomly assigned to 22 sites across the wetland complex; a total of 5 additional loggers were attached at known heights in the air in each lake or water body (corresponding to labeled water bodies in Figure 1) as calibration for air pressure. Water depth at sites without loggers was assigned from the nearest logger location. A suite of hydrologic variables was calculated from water depth data using the Indicators of Hydrologic Alteration software (Richter et al., 1996).



Macrophytes

Sampling for the submerged plant community (defined as aquatic vegetation that were either whole submerged or floating, and could be rooted or unrooted) was conducted by 2 observers for 15 min, sweeping in concentric rings around the poles (center of the site), as far as water depth allowed. If richness and abundance were so low that sampling had extended beyond the defined 50 m diameter of a site and no new morphotypes were found in 5 min, sampling was stopped, and the time and distance recorded. All unique morphotypes were collected for identification; the top three dominant species were designated, and the percent cover was estimated for each. Total percent cover was estimated by each observer and all numbers were compared for congruency. Emergent plant communities (comprising individuals with roots in the sediment, but the majority of the plant out of water) were assessed for the whole 50 m diameter site, focusing along the boundary between aquatic and terrestrial ecosystems. Specimens were collected of the top three dominant species, and their percent cover across the site was estimated.

Representative specimens of each macrophyte species present were collected and preserved as voucher specimens for subsequent taxonomic assessment. A subset of the voucher specimens collected were selected for subsequent genetic analysis to establish a reference specimen collection that was used to guide morphological based taxonomic identifications. For genetic analysis of reference specimens, dehydrated leaf tissue was sent to Canadian Centre for DNA Barcoding (CCDB) for DNA extraction, PCR amplification, and sequencing according to CCDB standardized protocols (Fazekas et al., 2012). To facilitate comparison of the genetic results with taxonomic data available on GenBank (NCBI Resource Coordinators, 2017) and the Barcoding of Life Data System (Ratnasingham and Hebert, 2007) two standard land plant DNA barcode markers, rbcLA and ITS2, were selected (Fazekas et al., 2012).



Visualizing Disturbance Regimes and Habitat Patches

All analyses and data visualization were completed in R (version 3.5.3; R Core Team, 2019). We reduced the number of abiotic variables based on Pearson correlation coefficients (R > 0.70; standard cutoff for a “strong correlation”; e.g., Dormann et al., 2013) retaining, among pairs, variables deemed the most ecologically relevant or having higher between-site variance. Variables were z-score standardized before Principal Components Analysis (PCA) using the FactoMineR package (version 2.3; Lê et al., 2008) to examine how environmental variables differed across the study area. PCA output was plotted on axes PC1 and PC2 as these had the most explanatory power with the factoextra package (version 1.0.5; Kassambara and Mundt, 2017). Hierarchical cluster analysis in vegan (version 2.5-4; Oksanen et al., 2019) was then performed to examine how environmental variables influenced the grouping of wetland sites, using the complete linkage method, which produces compact clusters with high similarities. Preliminary testing to determine the optimal clustering scheme was done using NbClust (version 3.0; Charrad et al., 2014), which tests all combinations of cluster numbers, distance measures and clustering methods; the majority of the produced metrics (8 out of 23) showed that the optimum number of clusters for analysis was three. A heatmap of the results, standardized to scale abiotic variables, was made to visualize results.

Habitat patches and spatial heterogeneity of patch quality in wetland habitat across the landscape was visualized by making individual radar plots for each site using the fmsb package (version 0.6.3; Nakazawa, 2018). Variables that were thought to have the most significant impact on biodiversity (e.g., Chipps et al., 2006) were chosen for the plot and z-score standardized to ensure that they were on the same scale; variables included in the plots were: silt, sediment and water metals (comprised of PCA axes as outlined below), overall change in shoreline location (absolute values), low pulse duration, the coefficient of variation for water temperature, macrophyte richness, macrophyte total percent cover, percent organic carbon in the sediment and total dissolved aquatic phosphorus. Sediment and water metal inputs were reduced for correlations above a Pearson correlation coefficient of 0.70 and condensed onto principal components axes (PC1 for each, with the sediment PC1 capturing 38.20% of the variance, and the water PC1 representing 44.87%) where higher values indicated increased metal concentrations. To examine differences among the three protection strategies, a separate radar plot was made using the mean values for each of the strategies.




RESULTS

After adjusting for differences in water levels across the years of aerial imagery, change in wetland extent across the GLM complex ranged from accretion of 400 m to erosion of −1450 m (mean = −6.48, SD = 83.41, N = 2,500 transects; among all 1951–2014 data). If change had continued in the same direction over the measured time periods, then the overall change was ranked highest for each transect; indeed, this is the case for most measurements, as indicated by the plot’s teal coloring (Figure 4). High erosion (over 30 m) occurred between 1951 and 1983, which can be seen by the shift from yellow (lowest rank change) to dark blue (second rank; n = 381 transects, Z = −14.19, p < 0.001). The areas of highest erosion (depicted in shades of yellow to dark red according to magnitude) were located in backwater areas, such as in the coves off the west bank of the Jemseg River, Back Lake and Portobello Creek (Figure 5A).


[image: image]

FIGURE 4. Categorical scatterplot summarizing change in wetland extent in the GLM complex across measured time periods, showing which periods experienced the most erosion and accretion. At each measured point, the change between the periods was ranked, with a rank of 1 assigned to the period with the highest change. If change magnitude increased in the same direction (either erosion or accretion) then “overall change” would have a rank of 1 (i.e., highest change). Each dot represents a single measurement between shorelines, with wider bars indicating more measurements for that size bin. The y-axis was log-scaled for easier visualization of the extreme ends of the data.
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FIGURE 5. Visualization of measured change in wetland extent in the GLM complex across periods of major anthropogenic change within the watershed, showing the difference between 1951 and 1983 (A), 1983 and 2014 (B), and overall cumulative change (C). Sampling sites from 2017 are plotted on the maps to show distribution across different levels of historical change.


Small shoreline changes (30m) were greater between 1983 and 2014 than from 1951 to 1983, as shown by the measurements plotted in dark blue (Figure 4). These areas are plotted in shades of green on the maps and tend to extend over the edges of large lakes, such as Maquapit Lake and French Lake. Significant accretion (over 30 m) was evident through the period of 1983–2014, particularly across the Jemseg River area (Figure 5B; n = 459 transects, Z = −18.60, p < 0.001). During this period certain areas that had started to erode between 1951 and 1983, shifted and started to increase in their extent as they accreted sediment. This shift can be seen most clearly in the wetlands off the west bank of the Jemseg River, with shoreline changes from orange (erosion of −50–200 m) to dark blue (accretion of 100–400 m). Other areas of accretion, shown in shades ranging from aqua to dark blue, were evident across all time periods within the side channels of PC NWA (Figure 5C).

The first three axes of a Principal Components Analysis (PCA) explained 43.6% of the variation of abiotic variables among sites: PC1 explained 19.9%, PC2 explained 14.5%, and PC3 explained 8.3% of the variance (Figure 6). PC1 shows separation of samples based on micro- and macronutrients, with high scores aligning with increased dissolved nitrogen and total phosphorus concentrations in water samples, and increased molybdenum, potassium, aluminum and iron concentrations in sediment samples; low scores were associated with higher concentrations of barium (Figure 6). PC2 shows a separation of geographic regions of the GLM complex from east (low scores, areas plotted in shades of blue) to west (high scores, areas plotted in shades of pink; Figure 6). The variables most contributing to this axis were water temperature and metals, with low scores associated with maximum water temperature and high scores associated with alkalinity, minimum temperature, molybdenum and sodium concentrations in the water, and boron, magnesium and zinc concentrations in the sediment.
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FIGURE 6. Principal Components biplot projecting axes PC1 and PC2 for abiotic variables across 2017 sampling sites in the GLM complex. All variables were reduced first from correlations for below 0.7 collinearity before being subjected to the PCA. Sites are colored by geographic area with pink sites located furthest west within Portobello Creek and blue sites located in the east toward Grand Lake and Jemseg River. Acronyms for specific input variables listed in Supplementary Table 6.


Cluster analysis grouped sites first by sediment iron, molybdenum and aluminum concentrations: sites located on French Island (P55 and P53) and two sites located at far ends of coves within PC NWA (P39 and P46) having the highest levels of the metals, shown in shades of blue near the bottom of the plot (Figure 7). The rest of the sites had generally lower concentrations, as depicted by the red coloring on the plot (Figure 7), with a sub-cluster of sites that were located along large lake edges and the edge of the Jemseg River consistently showing the lowest concentrations of sediment aluminum and molybdenum, visible as bands of dark orange (G17, G21, G23, G12, G05, U34, G19, G11, G16, U31, G10). The next significant cluster grouped the most northerly located sites, found in Indian Lake (U36 and U32) with the lowest levels of iron, aluminum, magnesium, potassium and boron in their sediment (shown in dark red and burgundy). These sites also had similar levels of other environmental variables, such as molybdenum, potassium, nitrogen, copper, and barium concentrations in the water, molybdenum concentration and percent organic carbon in the sediment, and alkalinity, base flow rate and high pulse duration. Sites appeared to be grouped more by their hydrology and connectivity within the floodplain, than by geographic relationship alone.
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FIGURE 7. Heat Map showing natural groupings of sampling sites in the GLM complex by abiotic variables with cluster analysis. All abiotic variables were reduced for correlations above 0.7; cells are colored according to their standardized value with lowest values depicted in dark red and highest in dark blue.


Radar plots for each site are consistent with sites grouping by hydrologic connectivity (Figure 8). Sites in PC NWA had higher levels of most variables, particularly phosphorus, sediment and water metal and organic carbon, as indicated by the overall larger area of the individual radar plots, as well as the mean values for the whole protection level compared to GLM PNA and unprotected sites. The sites in PC NWA are more protected from wave exposure, as are the other sites that follow the same pattern of high overall levels of the chosen abiotic variables. Sites located along the edge of the large lakes, namely Indian Lake, Maquapit Lake and Grand Lake tended to have smaller radar plot areas overall, i.e., lower relative levels of measured variables. These sites tended to be located within the GLM PNA, where, compared to other protection levels, sites had on average lower levels of phosphorus, low pulse duration and silt. Unprotected sites, which were scattered throughout the study area, had a range of habitat patches, with the mean showing the lowest levels of water and sediment metals and organic carbon. Macrophyte richness and cover, overall historical change and the coefficient of variation of water temperature were similar across the GLM complex, regardless of protection level, suggesting that these variables are driven by the patchiness of flood pulse dynamics, rather than geographic proximity.
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FIGURE 8. Map of distribution of variables that are thought to have the greatest impact on shaping aquatic biodiversity in the GLM complex. Each site is depicted by a radar plot, where input variables are standardized to a scale of (0,1), and greater area of the radar plot indicates higher values of measured variables. The plot in the insert shows the mean for all sites within a protection classification.




DISCUSSION


Anthropogenic Alteration of Floodplain Wetlands

Floodplains naturally experience channel migration and a shifting of wetland habitat boundaries over time as flood pulses vary from year to year (Bayley and Guimond, 2008); however, recent significant changes of wetland extent within the GLM complex can be linked to periods of major anthropogenic alterations in the Wolastoq | Saint John River watershed, appearing to follow the upstream construction of run-of-the-river dams and the construction of a new Trans-Canada Highway within the wetland complex. Erosional change was highest immediately following the period when the Beechwood (1957) and Mactaquac (1968) dams were constructed, suggesting support for the hypothesis that altered flood pulse and sediment deposition into the floodplain triggered significant erosion of the wetland. This was also during the period when agricultural land practices in the potato farming region located upstream of both Beechwood and Mactaquac began to change, shifting away from losing significant amounts of topsoil each year (Harvey, 1976; Chow et al., 2000); this landscape change could result in lower amounts of sediment being deposited in the floodplain wetlands with the flood pulse each spring, aiding erosion.

Erosion has continued, albeit at a diminished level, until recently, implying that those wetlands continued to experience shoreline change over time due to a perpetuation of the altered hydrologic and sediment deposition regimes. While the postulated change relating to hydroelectric dam construction was most significant for areas that experienced erosion, the most substantial change in recent years was accretional. This was associated with the construction of a section of the Trans-Canada Highway along the edge of the GLM complex and through wetland habitat near the Jemseg River; in this area of floodplain wetlands adjacent to the Jemseg River the most significant accretion was evident, supporting the hypothesis that the hydrologic isolation from highway construction has contributed to significant shoreline change in the area compared to other protection levels.

Floodplains are ecosystems with high spatial heterogeneity, characterized by a mosaic of habitat patches with varying levels of connectivity to the main channel and each other; these patches may be at different levels of ecological succession depending on the shifting boundaries of annual flood pulses (Junk et al., 1989; Ward et al., 1999). Any alteration of the flood pulse, namely the inundation of wetland habitat by flood waters and sediment deposition, therefore affects habitat patches differently, even across relatively small spatial scales. Since the construction of the run-of the-river dam, Mactaquac Generating Station, the frequency and magnitude of large floods in the Wolastoq | Saint John River has increased, but this coincides with similar observations at the wider watershed scale (Canadian Rivers Institute, 2011). This suggests observed changes within the GLM complex are being compounded by other factors such as climate change and increased urbanization, and there is some evidence of limited sediment deposition behind Mactaquac Dam (Grace et al., 2017). Dam construction is, however, linked to the probability and location of ice jams, an important flood pulse mechanism in the Wolastoq | Saint John River (Canadian Rivers Institute, 2011; Huokuna et al., 2020). Although it is problematic to confirm without baseline measurements, the increased inundation period, as well as the sediment deprivation experienced in floodplains following upstream dam construction (Marren et al., 2014), likely had a role in the loss of wetland habitat that is evident in the GLM complex. The patches that experienced the most erosion were backwater and cove habitats, areas that tend to have more transient boundaries between wetland and high marsh habitat (unlike, for example, the edges of large lakes), where shallower slope facilitates amplified inundation and thus a transition to increasingly open water habitat.

In contrast, when the Trans-Canada Highway was constructed in 2001, 55 ha of floodplain wetland habitat adjacent to the Jemseg River was hydrologically isolated, thus no longer experiencing the same flood pulse dynamics (Washburn and Gillis Associates Ltd, 1996). Although an existing highway had already traversed the length of the GLM complex, it was frequently overtopped during flood pulse events, permitting transport of sediment, nutrients and biological propagules to the floodplain wetlands, albeit at a fraction of the level experienced in natural flood pulse events (Washburn and Gillis Associates Ltd, 1996). The new highway has a raised construction and was predicted to only be overtopped in a 1:20 years flood (Washburn and Gillis Associates Ltd, 1996); while the wetlands still flood, the transport of sediment and nutrients to certain habitat patches has been further diminished. The input and deposition of sediment and nutrients from flood pulses is particularly important in areas of sediment loss, such as the outflow from wetlands back into the main channel (e.g., the Jemseg River, which flows from Grand Lake into the Wolastoq | Saint John River) (Brinson, 1993). When the flow of the flood pulse into the wetlands was halted by the raised highway construction, these isolated areas were no longer inundated, transforming the aquatic wetland patches to terrestrial high marsh habitats. Trapped between two stretches of highway, accretional areas were most evident around the Jemseg River, where a combination of sediment loss and lack of hydrological connectivity led to an increase in upland habitat and a consequent loss of shallow aquatic wetlands.



Spatial Heterogeneity of Wetland Habitat Is Shaped by Connectivity

Depending on connectivity across the landscape, areas of accretion and erosion for all time periods were found across the entire GLM complex. Flood pulse dynamics were acting to both increase and decrease wetland extent, highlighting how significant the impact of connectivity and flow regimes are to these vital floodplain habitats. Connectivity and disturbance, subsequently, are important drivers of the biotic communities found within floodplain wetlands. Ward et al. (1999) hypothesized that biodiversity within floodplains would be highest at intermediate levels of both disturbance and connectivity, whereby at low connectivity, nutrients, sediment and organisms cannot be exchanged between communities, and at high connectivity, habitat heterogeneity is reduced, thus reducing niche availability. An updated model by Arias et al. (2018) combined principles from the Intermediate Disturbance Hypothesis (Connell, 1978) and the flood pulse concept (Junk et al., 1989), proposing that flooding patterns and disturbances within the watershed (both anthropogenic and natural) can create spatial interactions to form a disturbance regime, shaping floodplain diversity along any disturbance gradient. Our study identifies the connectivity and disturbance regimes within floodplain wetlands of the Wolastoq | Saint John River, laying the groundwork for an exploration of the resulting consequences for floodplain biodiversity and associated ecosystem functions.

Beyond flood pulse dynamics and habitat boundaries, the ability to retain nutrients, filter metals and support complex macrophyte beds serving as habitat for invertebrate and fish communities directly depends on the hydrology and associated connectivity between habitat patches within the floodplain wetland complex. In the GLM complex, Principal Components Analysis revealed a grouping of sites from east to west, where sites experienced an overall change both in connectivity and hydrology. PC NWA, located in the west, is the most upstream part of the wetland complex, and as such is the first to experience the annual flood pulse; sites to the east, along the Jemseg River, drain first as the flood pulse moves through the floodplain back to the Wolastoq | Saint John River via the Jemseg River (Washburn and Gillis Associates Ltd, 1996).

Cluster analysis also supported the importance of hydrology and connectivity as factors grouping sites, as did the visual representation of patch diversity by radar plots (Figure 7). Sites located on lakes, which are open (i.e., fully connected) and exposed, tended to have lower levels of metal and nutrient accumulation, whereas backwater coves with decreased connectivity showed evidence of metal accretion in their sediments. Together, these factors have multiple consequences for provisioning of floodplain wetland ecosystem services. For example, it demonstrates that backwater coves are acting as sinks of potentially toxic metals, as depositional environments sheltered from wave exposure. This is also associated with retention of organic carbon, which can enhance metal storage capacity (Du Laing et al., 2009). Cadmium concentrations in the sediment had a high positive correlation with the percentage of organic carbon in the sediment, supporting this explanation. Beltaos and Burrell (2016) also found evidence for a strong metal association with the suspended sediment raised during ice jams in the Wolastoq | Saint John River, suggesting that flood pulses facilitate metal transport throughout the watershed. Moreover, their research indicated that measured aquatic concentrations of aluminum, iron and copper could be orders of magnitude higher during breakup conditions than open-water conditions (Beltaos and Burrell, 2016). This said, across the GLM complex, very few metals were above aquatic toxicity guidelines (Canadian Council of Ministers for the Environment, 2014; for average concentrations see Supplementary Tables 2, 3), with the exception of those few (e.g., iron and aluminum) that are naturally abundant crustal elements in the underlying geology of the Wolastoq | Saint John River watershed and are therefore found at high concentrations (Canadian Rivers Institute, 2011).

Through nutrient retention, sheltered coves also allow for the formation of diverse macrophyte communities with high complexity (Hansson et al., 2005), providing a variety of niches to invertebrate communities, thus supporting increased richness (Kovalenko et al., 2012; Walker et al., 2013). Moreover, some metals, such as iron, copper, nickel and molybdenum act as plant micronutrients, and as such are important components of wetland ecosystems (Merchant, 2010). The combination of macro- and micro-nutrients, organic carbon storage, and protection from wave exposure should lead to abundant macrophyte growth, however, despite seemingly suboptimal conditions, macrophytes were found at all sites in our study, just in varying degrees of abundance and richness. Spatial heterogeneity of habitat patches within the floodplain wetlands has led to differences in the structure of macrophyte communities across the wetland complex, forming important habitats for aquatic invertebrates and thus helping to shape community composition.



Current Protections and Impacts for Biodiversity

Due to its ecological significance, the GLM complex is protected by the provincial and federal government, but the extent of the protection, as well as the ease of enforcement, has important consequences for its habitat patches. PC NWA, with the most complete protection, had higher levels of macro-nutrients (particularly phosphorus) and micro-nutrients (i.e., some metals), more sites that were protected from wave exposure, and a larger build-up of organic carbon. Much of this is likely due to connectivity and the geographic location, rather than its protection strategy. While there are, indeed, more restrictions for recreational and commercial use in PC NWA, it is also harder to access, meaning less people are using the area, and it is easier to enforce protections.

Sites within the PC NWA are located along small coves and channels, rather than the exposed edge of the lakeshore as found for many sites in the GLM PNA and unprotected areas, meaning they will naturally have differences in the retention of vital abiotic building blocks, leading to the formation of highly productive wetland habitat. These differences are so substantial that until now the two areas (Portobello Creek and the Grand Lake Meadows) have been studied separately. For example, the most recent previous plant surveys of the area were completed by two separate groups, with Environment Canada’s Canadian Wildlife Service performing a survey in the PC NWA (Blaney, 2003), and Papoulias et al. (2006) working on behalf of the New Brunswick Federation of Naturalists on an inventory of vascular plants within the Grand Lake Meadows (most of which is protected as the GLM PNA).

Historical change from erosion or accretion across the shoreline edge has put habitat patches at varying degrees of succession (Bayley and Guimond, 2008; Tockner et al., 2010). This implies that areas with significant change, found at a higher level within the GLM PNA (porous protection) and PC NWA (complete protection), are in earlier stages of succession (Lallias-Tacon et al., 2017), thus having a higher degree of disturbance. Sites within both protected areas had overall higher values for mean historical change, indicating that there are limitations to protection. While current protection can limit the introduction of invasive species, contamination and nutrient runoff from agricultural areas, it does not currently mitigate altered flood pulse dynamics.

Changes to ecological succession from shoreline change may also have positive effects on wetland communities; following the Intermediate Disturbance Hypothesis, diversity of the biota that inhabit these habitat patches could positively benefit from introduced disturbance (Connell, 1978). Within floodplains, the flood pulse serves as an essential, natural ecological disturbance, creating spatial and temporal heterogeneity, increasing niche diversity, and thus functional richness (Ward et al., 1999; Tockner et al., 2010; Arias et al., 2018). With many patches at different stages of succession across the landscape, and experiencing a different regime of abiotic filters, the GLM complex has the capacity to play host to a wide variety of taxa that have a rich suite of traits. Communities with a diverse set of traits should more effectively utilize the ecosystem’s resources as well as provide the ecosystem functions for which humans rely and floodplain wetlands provide.




CONCLUSION

A forthcoming study will examine how the relationships between biodiversity and ecosystem function are affected by the disturbance regimes operating on the Wolastoq | Saint John River floodplain wetland microhabitats. As climate change continues to bring increased levels of precipitation, earlier snow-melt and consequently flashier, potentially catastrophic flooding (Tockner and Stanford, 2002), understanding current disturbances and their effect on local communities is central in helping to predict the consequences for wetland communities. Although floodplain ecosystems are naturally resilient, communities that are already stressed due to anthropogenic disturbance may be ill-equipped to combat future climate-driven change. Furthermore, future studies within the GLM complex should examine how sediment deposition and erosion patterns have changed over time using sediment coring to more precisely link erosional and accretional wetland shoreline change with anthropogenic disturbances within the watershed. Although this is a complex system with multiple stressors potentially impacting flood pulse dynamics, more work in determining the role of upstream dam construction in historical habitat change is imperative as any decision that NB Power makes about the future of the failing Mactaquac Generating Station (Stantec Consulting Ltd., 2015) will have consequences for the downstream floodplain wetlands and their communities. Additional knowledge on how communities have already been affected by disturbance will help us to forecast how they will respond in the future, potentially aiding in the mitigation of lasting effects.
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Wetland type Floodplains 2000 Water surface 2000 Transition rate (%)
Floodplains 1990 55,259.10 291.74 0.53
Water surface 1990 635.85 190, 006.00 0.33
Wetland type Floodplains 2015 Water surface 2015 Transition rate (%)
Floodplains 2005 5,5726.10 175.33 0.31
Water surface 2005 5,183.82 185, 404.00 2.72
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Wetland type Floodplains 2000 Water surface 2000 Transition rate (%)
Floodplains 1990 17,640.90 246.15 1.38
Water surface 1990 1,506.27 88, 895.30 1.67
Wetland type Floodplains 2015 Water surface 2015 Transition rate (%)
Floodplains 2005 18, 340.50 718.27 3.77
Water surface 2005 1,510.18 89, 047.10 1.67
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Wetland type Floodplains 2000 Water surface 2000 Transition rate (%)
Floodplains 1990 16,310.80 407.30 2.44
Water surface 1990 2,021.16 52,519.80 3.71
Wetland type Floodplains 2015 Water surface 2015 Transition rate (%)
Floodplains 2005 16, 846.90 1,861.40 9.95
Water surface 2005 123.20 54, 675.80 0.22
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Water chemistry

pH

EC (nScm™)
ORP (mV)
K(mgL~")
Ca(mglL™")
Na (mg L=
Mg (mg L~")
N (mgL™")
P(mgL™")

Mire (mean + SE,
n =100)

5.85 £0.023
28.9 +£1.98

142 £10.4

1.34 £0.079
3.48 +0.224
1.26 +0.062
1.46 £0.112

0.353 +£0.0178

0.0245 £ 0.00263

Paddy fields (mean =+ SE,

n=2)

6.28 4+ 0.145
116 £ 78.8
221 £92.0
1.46 +£0.432
7.35+4.25
1.31 £0.562
3.52 + 2.08

0.343 £0.109
0.0293 £ 0.0161

EC, electrical conductivity; ORP, adjusted oxidation-reduction potential; Ca,
calcium; Mg, magnesium; K, potassium; Na, sodium; N, nitrogen,; P, phosphorus.
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Mg Na ORP P SC VPC

Apa 0.04 0.18 0.04 0.01 0.36™ 0.24*
Aun 0.22* 0.24~ —0.28" 0.21% 0.19 —0.10
Ccu 0.18 0.16 —0.23* 0.11 0.05 —0.11
Cst —0.07 —0.04 0.05 —0.01 0.10 0.20"
Sl -0.17 —0.20 —0.05 —0.12 —0.18 —0.03
Sim 0.04 0.31* —0.03 —0.09 0.54* 0.21*
Ssu —0.27** —0.32** 0.14 —0.21* —0.30" —0.28"
Swa —0.06 0.34* —0.38" 0.23* 0.31™ 0.01

Environmental variables: magnesium (Mg), sodium (Na), adjusted oxidation—
reduction potential (ORP), phosphorus (P), dwarf shrub cover (SC), and vascular
plant cover (VPC). Bryophytes: Apa, Aulacomnium palustre; Aun, Atrichum undula-
tum; Ccu, Calliergonella cuspidata; Cst, Campylium stellatum; Sfl, Sphagnum
flexuosum; Sim, S. imbricatum; Ssu, S. subsecundum; Swa, S. warnstorfii. *
indicates P < 0.05 and ** indicates P < 0.01.
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Index Null model  Observed Mean of SES P
index simulated index

C-score FF 322.3 205.2 10.2 <0.001
FE 322.3 278.8 321 <0.001

Checker FF 4.00 1.91 1.84 0.074
FE 4.00 1.75 2.02 0.064

Combo FF 36.0 46.5 -5.07  <0.001
FE 36.0 47.0 —4.92  <0.001
FP 36.0 4741 —4.93  <0.001
PP 36.0 49.3 —-4.85 <0.001

V-ratio FE 0.83 1.00 —1.26 0.11
FP 0.83 1.50 —4.08  <0.001
PP 0.83 1.51 —4.18  <0.001

The observed indexes were obtained by the observed matrix. Mean of simulated
indexes and the probability of observed values were calculated from the simulated
matrices (5000 randomizations). An SES was calculated as Formula 1.
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Environmental Mean of Mean of SES P

variables observed values simulated index

Alt 0.607 0.442 4.63 0.001
WTD 0.669 0.308 7.64 <0.001
EC 0.587 0.410 4.36 0.001
ORP 0.511 0.443 1.90 0.044
pH 0.612 0.417 5.38 <0.001
Ca 0.665 0.455 6.28 <0.001
Mg 0.653 0.348 7.27 <0.001
K 0.668 0.482 4.85 <0.001
Na 0.481 0.457 0.662 0.223
N 0.551 0.520 1.08 0.138
P 0.547 0.390 4.45 <0.001
VPC 0.520 0.503 0.510 0.263
SC 0.473 0.360 2.52 0.021
HC 0.620 0.542 2.49 0.021

The niche overlaps were the average of all pairwise combinations of bryophytes.
Mean of simulated indexes and the probability of observed values were calculated
from the simulated matrices (5000 randomizations). An SES was calculated as
Formula 1. Environmental variables include altitude (Alt), water table depth (WTD),
electrical conductivity (EC), oxidation-reduction potential (ORP), pH, calcium (Ca),
magnesium (Mg), potassium (K), sodium (Na), nitrogen (N), phosphorus (P),
vascular plant cover (VPC), dwarf shrub cover (SC), and herb cover (HC).





OPS/images/feart-08-00032/feart-08-00032-g006.jpg
Environmental
variables***

Broadscale
dbMEM***
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Species Species name Frequencies (%) Average

abbreviations coverage (%)
Apa Aulacomnium palustre 19 0.50
Aun Atrichum undulatum 28 1.06
Ccu Calliergonella cuspidata 14 0.33
Cst Campylium stellatum 5 0.10
Sl Sphagnum flexuosum 33 5.16
Sim S. imbricatum 23 16.72
Ssu S. subsecundum 54 15.63

Swa S. warnstorfii 22 6.59
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Spatial variables Broad scale Fine scale

\'Al V2 V3 v7 vi2 V14 vi7 V28
Environmental variables
Mg 0.06 0.41** —0.13 0.28** —0.22* 0.09 0.03 —0.06
Na —0.64** 0.27** —0.10 0.25* —-0.12 0.02 —0.01 —0.05
ORP 0.37* -0.14 —0.25* -0.12 —0.01 0.01 0.02 0.06
P -0.14 0.23* 0.1 0.16 —0.11 —0.08 —0.33** 0.03
SC —0.67** 0.03 —0.27* 0.07 —0.06 —0.11 —0.07 —0.10
VPC -0.16 -0.13 -0.18 0.08 —0.08 0.14 0.08 —0.08
Bryophytes
Apa -0.15 —0.11 —0.49* 0.09 —0.09 —0.05 —0.01 —0.04
Aun 0 0.16 0.09 0.08 —0.05 —0.15 —0.15 —0.15
Ceu —0.11 0.16 0.06 0.07 0.01 0.01 0.05 —0.01
Cst 0.05 —0.10 —0.06 0.02 —0.23* 0.12 0.03 0.13
Sl 0.14 —0.01 0.12 0.24* 0.28** —0.10 0.07 —-0.12
Sim —0.41* —0.10 —0.43* —0.08 —-0.12 0.04 0.02 -0.23*
Ssu 0.27* —0.35"* 0.37* —0.22* 0.01 0.14 -0.13 0.24*
Swa —0.47* 0.05 0.06 0.02 —0.08 —0.04 —0.06 0.02

Spatial variables (dbMEM spatial components) were divided into two scales: broad and fine. Environmental variables: magnesium (Mg), sodium (Na), adjusted oxidation—
reduction potential (ORP), phosphorus (P), dwarf shrub cover (SC), and vascular plant cover (VPC). Bryophytes: Apa, Aulacomnium palustre; Aun, Atrichum undulatum;
Cecu, Calliergonella cuspidata; Cst, Campylium stellatum; Sfl, Sphagnum flexuosum; Sim, S. imbricatum; Ssu, S. subsecundum,; Swa, S. warnstorfii. The values of the
dbMEMs are shown in Figure 2. * indicates P < 0.05 and ** indicates P < 0.01.
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Status

Well pad
Restored 2009

Restored 2009

Restored 2008

Restored 2007
REF
REF

REF

Sector”

UNR
PR-15
PR-15-P
PR-5
PR-5-P
PR-0-D
PR-0-W
PR-0-E
CRD
CR-W
SRF-D
SRF-W
TRF-D
TRF-W
BOG-D
BOG-W

Total C balance
(gcm™?

400
137
43
-238
-329
-625
831
-67
-423
1,039
700
=13
536
614
500
—22

"UNR; Unrestored; CR: Complete removal of mineral soil (MS); PR-15: Partial removal
MS to 15 cm above seasonal water table; PR-5: Partial removal of MS to 4-6 cm above
seasonal water table; PR-0-D/W: Partial removal of MS to surface elevation of

surrounding fen reference ecosystem (uneven ground relief); PR-0-E: Partial removal of
MS to near the surrounding fen reference ecosystem (even ground relief); REF-BOG: a

wooded bog: REF-TR!

treed rich fen; REF-SRF: a shrubby extreme-rich fen
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Sector” May—September 2017 May—August 2018

microform GEP Reco NEE CH, Totalye:r GEP Riss NEE CH, Totalzgrg
(gcm?) (gcm?)
-394 506 112 07 225 —ag7 574 87 08 175
-322 368 a7 14 95 -348 368 21 07 a2
525 559 34 02 69 512 499 -13 02 26
-339 285 -54 35 -105 -416 346 -70 61 -133
320 282 47 06 94 -342 204 -118 07 235
-417 314 -103 39 -202 -323 110 -213 18 -423
160 206 46 66 99 -216 580 365 33 732
-421 420 -2 33 0 -443 409 -34 11 -67
-475 348 =127 72 -246 -375 284 -91 58 -177
CR-W -39 333 294 31.9 621 -27 225 198 217 418
REF-SRF-D -606 715 109 16 234 -407 633 231 46 466
REF-SRF-W -652 671 19 284 66 -606 561 -45 1.9 -79
REF-TRF-D -219 299 81 27 164 -150 334 184 37 an
REF-TRF-W -578 418 -160 33.4 -286 -454 283 =171 143 -328
REF-BOG-D -204 358 155 06 310 -283 377 9 08 190
REF-BOG-W 184 262 77 0.1 155 -337 248 -88 4 177

"UNR: Unrestored; CR: Complete removal of mineral soil (MS); PR-15: Partial removal MS to 15 cm above seasonal water table; PR-5: Partial removal of MS to 4-6 cm above seasonal
water table; PR-0-D/W: Partial removal of MS to surface elevation of surrounding fen reference ecosystem (uneven ground relief; PR-0-E: Partial removal of MS to near the surrounding fen
reference ecosystem (even ground relief); REF-BOG: a wooded bog: REF-TRF: a treed rich fen; REF-SRF: a shrubby extreme-rich fen.
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Component

NEE

CH4

Effect F-value  p-value
Intercept Fi1,46 = 69.64 <0.0001
Soil temperature  Fyz =224 0.142

Shrub cover  Fz = 1546 <0.001

Forb cover 0.005
Intercept <0.0001
Sol temperature 44 = <0.0001
Water table level <0.0001
Ericaceous 0.013

cover
Sedgecover  Fuup=474  0.035

SE  Rim FRlo

584 022 067
0.29

0.09

0.06
108.83 044 046
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Year

2017

2018

Component

GEP

NEE

CH,
GEP

NEE

CH,

Effect

Microform

Soil temperature 5 cm
Water tabe level

Microform
Soil temperature 5 cm
Water table level

Microform
Soil temperature 5 cm
Water table level
Microform

Microform
Soil temperature 5 cm
Water table level

Microform
Soil temperature 5 cm
Water table level

Microform
Soil temperature 5 cm
Water table level
Microform

F Statistics
Faz, aso) = 16.43
Fors, ase) = 17
Fir, 550 = 24.18
Fur. a9 = 0.21
Furz, a76) = 14
Fuis, a7 = 15.7
Fo, a6y = 2.41
Fo. a7 = 0.01
Fuz. ss = 19.16
Fiis, sso = 15.62
Fi1, 550 = 91.15
Foi. ss0 = 0.23
Fiis, 200 = 675
Fua7, 21 = 4.38
Fus, 212 = 4.06

Fo. 212

Fio, 212 =

Foz. 220

Fias, 220) = 6.
Fa. 220

For, 220 =

Fiu7, 229 = 6.
Fuas, a29) = 6.41
Fo1, 329 = 1552
Fir. 520 = 3.47
Fiis, 26 = 7.54

p-value

<0.001
<0.001
0.000
0.65
<0.001
<0.001
0.12
0.91
<0.001
<0.001
<0.001
0.63
<0.001
<0.001
0.000
0.155
0.001
<0.001
0.000
0.609
0.000
<0.001
<0.001
<0.001
0.063
<0.001

Adjusted R?

041

0.36

0.35

0.22
02

0.31

0.22

0.25
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Sector” Total  Fentypical  Vascular plants Herbaceous Bryophytes Water  Litter  Bare

plant Ligneous soil
species Trees  Shrubs  Ericaceous  Forbs  Sedges  Brown  Sphagnum
mosses

UNR 68+ 19 31+ 46 4+6 416 51+24 5+12 16+ 12 45 +
PR-15 50£19  82:26  16:24 1624 22517 18£10  16:19 63 21
PR-5 37:20  35+22 6:9 619 9+9  2:9 17:28 14 63 29
PRO-D/ 7018  35%25 7:9 718 216 33:14 22514 45227 2:6 57 19 8
w

PR-O-E 80+24 6430 3:6 1283 38:24 24520 54327 45 21 8
CR 48:35  32:34 121 122 13:6 1615 20:43 67 16 10
SRF 68+25  70+87 82221 2820 418 31:14 1628 21:22 50 8 12
TRF 79529 7144 7514 16:17 713 31522 19£22 33340  15:31 42 5

BOG 9%+3  80£82 15£9  10:10  51+18 7T:7  2x2  12:12  47:34 17 4

"UNR: Unrestored; CR: Complete removal of mineral soil (MS); PR-15: Partial removal MS to 15 cm above seasonal water table; PR-5: Partial removal of MS to 4-6 cm above seasonal
water table; PR-0-D/W: Partial removal of MS to surface elevation of surrounding fen reference ecosystem (uneven ground relief); PR-0-E: Partial removal of MS to near the surrounding fen
reference ecosystem (even ground relief); REF-BOG: a wooded bog: REF-TRF: a treed rich fen; REF-SRF: a shrubby extreme-rich fen.
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PHs)

8+02
48+03
4802
42+03
32+04
3304
5+21
REF-ERF-D 4903
REF-ERF-W 46+02
REF-PF-D 5+01
REF-PF-W 4902
REF-BOG-D 4102
REF-BOG-W 29106

ECs)

290 + 27.6
106.3 + 133
1,109.8 + 870.8
1,442 + 7533
3787 £+ 17.2
344.3 £ 269
348.7 + 11.5
1225+278
76.1 +329
86.7 + 585
68.7 +20.2
347 + 109
38936

Dpoc

na
8.6
5
6.3
5.8
6.5
108
245
165
na
na
35
288

Fe

BOL
0.55
BDL
BDL
243
BOL
BDL
543
297
176
147
219
0.90

N-NH;"

14.4
168.6
336
21
169
288
"
364.9
332.7
213
356.6
109
126.8

P-PO,

445
267.5
85.6
137
58.2
88.6
76.4
330.6
296.5
1822
356.7
174
85.2

$-804*

248
325
5,608.2
1,638.2
122
80.8
9.7
95.7
69.2
88.9
81.6
100.2
95.2

"UNR: Unrestored; CR: Complete removal of mineral soil (MS); PR-15: Partial removal MS to 15 cm above seasonal water table; PR-5: Partial removal of MS to 4-6 cm above seasonal
water table; PR-0-D/W: Partial removal of MS to surface elevation of surrounding fen reference ecosystem (uneven ground relief); PR-0-E: Partial removal of MS to near the surrounding fen
reference ecosystem (even ground relief); REF-BOG: a wooded bog: REF-TRF: a treed rich fen; REF-SRF: a shrubby extreme-rich fen.





OPS/xhtml/Nav.xhtml




Contents





		Cover



		WETLAND ECOLOGY AND BIOGEOCHEMISTRY UNDER NATURAL AND HUMAN DISTURBANCE



		Editorial: Wetland Ecology and Biogeochemistry Under Natural and Human Disturbance



		Introduction



		The Impacts of Climate Change and Human Disturbances on the Wetland C Balance



		Restoration Methods for Disturbed Wetlands



		Author Contributions



		Publisher’s Note



		References









		Environmental Together With Interspecific Interactions Determine Bryophyte Distribution in a Protected Mire of Northeast China



		INTRODUCTION



		STUDY SITES AND METHODS



		Study Site



		Sampling Surveys



		Water Sampling and Chemical Analyses



		Statistical Analysis









		RESULTS



		The dbMEMs



		The Bryophytes and Their Distribution



		The Influence of Environmental Variables on Bryophyte Distribution



		Relative Contribution of Environmental Variables and Spatial Variables



		Influence of Interspecific Interaction on Bryophytes Distribution









		DISCUSSION



		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		FOOTNOTES



		REFERENCES









		Seismic Line Disturbance Alters Soil Physical and Chemical Properties Across Boreal Forest and Peatland Soils



		INTRODUCTION



		MATERIALS AND METHODS



		Study Site and Design



		Soil Analysis



		Soil Physical Characteristics



		Soil Chemical Characteristics









		Statistical Analyses









		RESULTS



		Soil Physical Characteristics



		Soil Chemical Characteristics









		DISCUSSION



		CONCLUSION



		AUTHOR’S NOTE



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		REFERENCES









		Extrapolation and Uncertainty Evaluation of Carbon Dioxide and Methane Emissions in the Qinghai-Tibetan Plateau Wetlands Since the 1960s



		INTRODUCTION



		MATERIALS AND METHODS



		Study Site



		Gas Flux Measurements and Calculations



		Chamber Method



		EC Method









		Soil Temperature Measurements in situ



		Additional Data Sources and Preprocessing



		Statistical Analyses



		Extrapolation of GHGs Fluxes









		RESULTS



		Soil Temperature During Measurements



		Seasonal Dynamics of CO2 and CH4 Fluxes



		Relationship of CO2 and CH4 Fluxes to Soil Temperature



		Extrapolation of CO2 and CH4 Emission Rates of the Study Site



		Regional Extrapolation of CO2 and CH4 Emissions From Wetlands on the QTP









		DISCUSSION



		Relationships Between GHGs Fluxes and Soil Temperatures in situ



		Uncertainties in Extrapolation of GHGs Emission Rates of Study Site



		Uncertainties in Regional Extrapolation of GHGs Emissions of Wetlands on the QTP



		Spatial Distribution and GWP of GHGs Emissions of Wetlands on the QTP









		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		FOOTNOTES



		REFERENCES









		Corrigendum: Extrapolation and Uncertainty Evaluation of Carbon Dioxide and Methane Emissions in the Qinghai-Tibetan Plateau Wetlands Since the 1960s



		Abstract



		Results



		Extrapolation of CO2 and CH4 Emission Rates of the Study Site















		Controls on Soil Organic Matter Degradation and Subsequent Greenhouse Gas Emissions Across a Permafrost Thaw Gradient in Northern Sweden



		Introduction



		Materials and Methods



		Site Information and Soil Sampling and Preparation



		Porewater Gas Measurements



		Gas Chromatography—Mass Spectrometry (GC-MS)



		Organic Matter Extraction



		GC-MS Analysis















		Fourier-Transform Ion Cyclotron Resonance Mass Spectrometry (FT-ICR-MS)



		Direct Inject FT-ICR-MS Analysis



		Chemical Compounds Classification and Data Processing



		Identification of Metabolic Transformations in Bog and Fen Samples Using Network Analysis



		Statistical Analyses and Data Visualization



		GC-MS Data



		Porewater Gas, FT-ICR-MS, and Network Analysis Data















		Results



		Changes in SOM Molecular Composition Associated With Permafrost Thaw



		Shifts in Thermodynamics of Carbon Oxidation With Permafrost Thaw



		Sulfur and Nitrogen Dynamics With Permafrost Thaw



		Shifts in Primary Metabolite Metabolism



		Shifts in C Transformations With Thaw



		CO2 and CH4 Emissions Associated With SOM Chemical Composition









		Discussion



		Conclusion



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		Selection Cuttings as a Tool to Control Water Table Level in Boreal Drained Peatland Forests



		Introduction



		Study Sites



		General Descriptions



		Harvesting Treatments and Field Measurements









		Methods



		Water Table Level Data Analysis



		Modeling Water Table Level









		Results



		Observed Water Table Level Responses at Study Sites



		Simulating Water Table Level at Study Sites



		Water Table Level in Current and Future Climate









		Discussion



		Model Performance and Future Use



		Water Table Level Responses to Harvests and Practical Implications









		Conclusions



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		The Operation of the Three Gorges Dam Alters Wetlands in the Middle and Lower Reaches of the Yangtze River



		INTRODUCTION



		MATERIALS AND METHODS



		Study Area



		Data Collection



		Data Analysis









		RESULTS



		Changes in Wetland Spatial Structure After the TGD Operation



		Yichang-Chenglingji Section



		Chenglingji-Hhukou Section



		Hukou-Nantong Section









		Impact of the TGD on Wetland Landscapes in the Middle and Lower Reaches of the Yangtze River



		Yichang-Chenglingji Section



		Chenglingji-Hukou Section



		Hukou-Nantong Section









		Predictions of Wetland Changes Along Main Stream of the Yangtze River



		Estuary Wetland Spatial Distribution and Landscape Pattern Changes



		Estuary Wetland Spatial Structure Changes



		Estuary Wetland Landscape Changes















		DISCUSSION



		Spatial Heterogeneity of Wetland Changes and Driver



		Asymmetric Erosion Between Mainstream and Two Lakes



		Why Esturay Floodplain Areas Increase









		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		FOOTNOTES



		REFERENCES









		Greenhouse Gas Emissions Dynamics in Restored Fens After In-Situ Oil Sands Well Pad Disturbances of Canadian Boreal Peatlands



		Introduction



		Methods



		Study Sites



		Measurement Plots



		Carbon Dioxide Exchange



		Methane Emissions



		Environmental Parameters, Soil and Water Chemistry



		Vegetation



		Data Analysis









		Results



		Environmental Parameters, Soil and Water Chemistry



		Vegetation



		Greenhouse Gas Exchange and Seasonal Carbon Balance









		Discussion



		Fen Typical Vegetation Not Improving C Uptake, Whilst Need for Shrub Species



		Enhanced CH4 Emissions After Complete Well Pad Removal









		Conclusion



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		Carbon Dioxide and Methane Flux Response and Recovery From Drought in a Hemiboreal Ombrotrophic Fen



		Introduction



		Materials and Methods



		Site Description



		Experimental Design



		GHG Flux Measurements



		Environmental Variables



		Data Processing









		Results



		CO2 Fluxes



		CH4 Fluxes



		Cumulative Fluxes



		Net Greenhouse Gas Balance



		Environmental Controls









		Discussion



		Effect of Ecotype on GHG Fluxes



		Effect of Drought on GHG Fluxes and Balance



		Implications for Hemiboreal Wetlands Under Future Climate









		Conclusion



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		Seasonal Variation in Biomass and Production of the Macrophytobenthos in two Lagoons in the Southern Baltic Sea



		Introduction



		Materials and Methods



		Investigation Areas



		Water Column Parameters



		Biomass and Species Composition of the Macrophytobenthos



		Net Primary Production of the Macrophytobenthos



		Pelagic NPP



		Statistical Analyses









		Results



		Water Column Parameters



		Seasonal Development of Macrophyte Community Structure and Biomass



		Photosynthetic Parameters of Dominating Macrophyte Species



		Seasonal Development of Macrophytobenthic Production



		Seasonal Comparison of Pelagic Producer Biomass and NPP









		Discussion



		Seasonal Development of the Macrophytobenthic Community in Vitter Bodden



		Low Light Availability in Grabow Efficiently Suppresses Seasonal Development in the Macrophytobenthos



		Importance of Macrophytobenthos for the Lagoons’ Ecosystem Functioning



		Macrophytobenthos Response to Eutrophication and Management Recommendation









		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		Consequences of Increased Variation in Peatland Hydrology for Carbon Storage: Legacy Effects of Drought and Flood in a Boreal Fen Ecosystem



		Introduction



		Materials and Methods



		Study Site and Experimental Design



		Gas Flux Measurements



		Algal Biomass



		Dissolved Organic Matter Quality



		Statistics and Analyses









		Results



		Change in Carbon Balance



		Algal Biomass and Carbon Quality



		DOM Quality Before and After Flooding









		Discussion



		Carbon Balance With Drainage History and Flooding



		Insights Gained From DOM Composition









		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		References









		Soil Organic Matter, Soil Structure, and Bacterial Community Structure in a Post-Agricultural Landscape



		Key Points



		Introduction



		Materials and Methods



		Study Site and Experimental Design



		Data Analyses









		Results



		Study 1: Bulk Soils



		Study 2: Soil Aggregates



		Study 3: Soil Metagenomics









		Discussion



		General



		Bulk Soils



		Soil Structure



		Soil Metagenomes



		Relationships in the Data Set









		Conclusion



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		References









		The Beautiful and the Dammed: Defining Multi-Stressor Disturbance Regimes in an Atlantic River Floodplain Wetland



		INTRODUCTION



		MATERIALS AND METHODS



		Study Sites



		Determination of Historical Change in Wetland Extent



		Abiotic Variables



		Macrophytes



		Visualizing Disturbance Regimes and Habitat Patches









		RESULTS



		DISCUSSION



		Anthropogenic Alteration of Floodplain Wetlands



		Spatial Heterogeneity of Wetland Habitat Is Shaped by Connectivity



		Current Protections and Impacts for Biodiversity









		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		REFERENCES























OPS/images/feart-08-557943/feart-08-557943-t002.jpg
Sector® 2017 2018

WTL PHw ECw wiL PHw ECw
UNR 26217 670 10153+ 194.9 -27.4£116 3602 6047 + 39
CR 292197 6702 30595 41.6 £ 384 6:02 2453 110.2
PR-15 369+ 192 5802 2,456 + 282.4 ~152+95 34:03 4613 +793
PR-5 -24.1£20.1 6:05 1,452.6 +1,320.9 14152 3602 25737 + 5159
18.4 £ 109 73:04 4587 £ 55 2021113 74301 3415 132
PR-O-E 17138 6904 687 + 450.6 19+26 7301 476.3 £ 232.7
REF-SRF 1639 71204 4523 + 187 151 £47 73:03 284.9 236
REF-TRF 31:93 6802 4788+ 95 55106 5301 3208+ 49
REF-BOG -25.7 £ 133 48103 512.9 + 1,058 ~104 £ 96 35114 1021+ 545

"UNR: Unrestored; CR: Complete removal of mineral soil (MS); PR-15: Partial removal MS to 15 cm above seasonal water table; PR-5: Partial removal of MS to 4-6 cm above seasonal
water table; PR-0-D/W: Partial removal of MS to surface elevation of surrounding fen reference ecosystem (uneven ground relief); PR-0-E: Partial removal of MS to near the surrounding fen
reference ecosystem (even ground relief); REF-BOG: a wooded bog: REF-TRF: a treed rich fen; REF-SRF: a shrubby extreme-rich fen.
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Monitoring sector Restoration
Microform site Substrate removal Surface elevation Year
UNR Cold lake Unvestored Na 2002
CRD Cold lake Complete removal  Below surounding References ecosystems 2008
CRW Cold lake Compiete removal  Below surounding References ecosysterns 2008
PR-15 Peace river Partial removal 15 cm above water table 2007
PRSP Peace rver Partal removal 15 om above water table 2007
PR Peace river Partil removal 4-6 cm above water table 2007
PRSP Peace river Partil removal 4-6 cm above water table 2007
PRO-D Cold lake Partal removal Adjusted to surrounding References ecosystem 2009
PROW Cod lake Partal emoval Adjusted to surrounding natural ecosystem 2009
PROE Cold lake Partial removal Equal to surounding natural ecosystem 2009
SAFD Strubby extreme-ichfen  N.a Na N.a
SAFW Strubby extreme-ichfen  N.a Na N.a
TRFD Treed rich fen N.a Na N.a
TREW Treed rich fen N.a Na N.a
B0GD Wooded bog N.a Na Na
BOGW Wooded bog N.a Na N.a

Microform/moisture.
gradient

Lawn
Floating carpet
‘Shallow open water
High, dry lawn
High, dry lawn

Wet, low lawn

Wet, low lawn

Dry, high

Wet, low

Re-vegetation

Technique

‘Spontaneous.
‘Spontaneous.
‘Spontaneous
Spontaneous
Re-ntroduced
‘Spontaneous
Reintroduced
Spontaneous
‘Spontaneous

‘Spontaneous
Natural

Natural
Natural
Natural
Natural
Natural

Dominant plant
group

Mosses, herbaceous
Mosses, herbaceous, small shrubs
Floating aquatics

‘Shrubs, sedges

‘Shrubs, sedges

Sedges

Sedges

‘Shrubs, herbaceous, mosses
‘Sedges, aquatics

Herbaceous, mosses

Shrubs, mosses

Herbaceous

Mosses, ericaceous

Herbaceous

Mosses, ericaceous

Ericaceous, sedges
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Section Types No Dam Dam
2010(ha) 2030(ha) Siltation rate 2010(ha) 2030(ha) Siltation rate

Y-C Floodplains 190.78 190.38 —0.0021 123.87 101.70 —0.1790
Water surface 455.45 455.65 543.26 520.44

C-H Floodplains 178.09 202.28 0.1358 163.28 181.95 0.1144
Water surface 855.80 830.35 868.66 853.10

H-N Floodplains 256.32 268.40 0.0471 257.10 296.11 0.1517
Water surface 1,848.12 1836.20 1,847.48 1658.94

N-E Floodplains 366.11 365.96 —0.0004 161.65 370.40 1.2914
Water surface 1,336.01 1336.01 1,606.54 1210.27
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TYPE PLAND NP PD AREA_MN

2000 2015 2000 2015 2000 2015 2000 2015

Water surface 77.31 75.24 286 346 0.12 0.14 665.90 537.72
Floodplains 22.69 24.76 511 435 0.21 0.18 109.39 140.78
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TYPE PLAND NP PD AREA_MN

2000 2015 2000 2015 2000 2015 2000 2015

Water surface 82.19 81.88 517.00 130.00 0.48 0.12 173.04 690.98
Floodplains 17.81 18.12 565.00 251.00 0.52 0.23 34.30 79.18
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TYPE PLAND NP PD AREA_MN

2000 2015 2000 2015 2000 2015 2000 2015

Water surface 74.42 76.95 389.00 140.00 0.54 0.19 138.05 404.72
Floodplains 25.58 23.05 320.00 123.00 0.44 0.17 57.69 137.99
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Ecotype

Eriophorum

Heather

Sphagnum

Water

Variable

Soil tempya
WTea
Intercept
Sail tempyg
WTea
Intercept
Soil tempyz
WTas

Max PAR
Intercept
WTo

RH

Air temp
Sail tempgo
Air pressure
Intercept

Estimate

235
0.14

1.00
021

3.32
0.68
0.01

-1.25
-0.40
1.11
-0.85
0.27

Partial

0.37
0.01

0.35
011

0.60
0.12
0.01

0.38
017
0.08
0.01
0.01

Model r2

037
0.38

0.35
0.46

0.60
0.72
0.73

0.38
0.55
0.58
0.59
0.60
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Year Total rain
(mm)
2017 681
2018 705
2019 1,083
30-years avg® 1,021

ASMHI, Kroppefidll 1990-2019.

Total par
(mol m?)

4.48
413

Temperature ('C)

7.02
8.10
769
6.72

Par (umol
m?s™)

256.60
235.76

RH (%)

80.8
75.45
7824
83.2

Pressure (mbar)

1002.20
1005.80
1002.39
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Emission rate (mg C m? h~") Measurement method Annual

CO, Chamber 35.10
EC 146.25

CHg Chamber 141
EC 385

“Timescales were the entire year (Annual), non-growing season and growing season (NG&G seasonal). Abbreviations: Chamber, static chamber; EC, eddy covariance.

NG&G seasonal

38.60
145.58
1.88
3.85

Average

91.38

275
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Metabolite name

4-hydroxyphenylacetic acid

Pyruvic acid

3-Deoxytetronic acid

Glycolic acid

4-hydroxy-8-methoxybenzoic acid
2,4,7.9-Tetramethyl-5-clecyne-4,7-ciol
2,3-Dihydroxybutancic acid, tristrimethylsilyl
L-glutamine

D L-isoleucine

4-hydroxybenzoic acid

Fumaric acid

Tartaric acid
N,9-bisTrimethylsilyl-6-trimethylsilyloxy-OH-purin-2-amine
Glyceric acid

Erythronic acid

Glycerol

Succinic acid

Adenine
Hydroquinone
D-mannose
D-glucose
lactobionic acid
L- sorbose
D-malic acid
Citric acid
Fructose
Sucrose
D-galactouronic acid
Melibiose

Fold change

0.0001875

0.054091
0.076363
0.09286
0.10877
0.1119
0.13987
0.14716
0.15699
0.18953
0.22224
0.22292
0.23356
0.26547
0.32836
0.33471
0.35168
0.41888
0.48962
29914
3.4837
4.1415
42542
6.6396
8.8833
21.452
22.465
206.25
256.46

Logz(FC)

—12.381

—4.2085
-3.711
—3.4288
-3.2007
-3.1598
—2.8379
—2.7646
—2.6712
—2.3995
-2.1698
—2.1654
—2.0082
—~1.9134
—1.6067
-1.579
—1.6077
—1.2654
—1.0303
1.5808
1.8008
2.0502
2.0889
27311
3.1511
4.423
4.4896
7.6882
8.0026

P value

0.0014809
1.97E-05
0.0001358
8.36E-06
0.0006269
0.0052057
0.0067571
0.0001358
0.0002079
0.0016227
0.0071197
0.049424
0.0052057
0.0020432
0.012038
0.037481
0.037481
0.030045
0.048572
0.014911
0.014452
0.019697
0.026852
0.038903
0.0071197
0.0001953
8.35E-06
0.049424
1.54E-05

Chemical class

Phenol derivative
a-keto acid

Fatty acid
a-hydroxy acid
dihydroxybenzoic acid
glycol

Organic acid
a-amino acid
a-amino acid
Phenol derivative
Organic acid
Organic acid
Nitrogenous base derivative
Sugar acid
Organic acid
Polyol
Dicarboxylic acid
Amino acid
Phenol derivative
Simple sugar
Monosaccharide
Suger acid
Monosaccharide
Dicarboxylic acid
Organic acid
Monosaccharide
Disaccharide
Sugar acid
Disaccharide

If the fold change threshold is >1, the metabolite is more prevalent in the bog, and if <1, it's more prevalent in the fen.
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Average
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Sample name Collection date

S_1.8 2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12
2-Jun-12

Habitat type

Bog
Bog
Bog
Bog
Bog
Bog
Bog
Bog

Dominant vegetation

Sphagnum spp.
Sphagnum spp.
Sphagnum spp.
Sphagnum spp.
Sphagnum spp.
Sphagnum spp.
Sphagnum spp.
Sphagnum spp.
Sphagnum spp.
E. angustifolium
E. angustifolium
E. angustifolium
E. angustifolium
E. angustifolium
E. angustifolium
E. angustifolium
E. angustifolium
E. angustifolium

Depth

Shallow
Middle
Deep
Shallow
Middle
Deep
Shallow
Middle
Deep
Shallow
Middle
Deep
Shallow
Middle
Deep
Shallow
Middle
Deep

Depth (cm)

25
55
125
25
65
105
25
6.5
175
25
65
165
25
65
185
25
65
175

Geographical location

68°21.1993'N, 19°02.8511’E
68°21.1988'N, 19°02.8546’E
68°21.2028'N, 19°02.8564'E
68°21.1993'N, 19°02.8511°E
68°21.1988'N, 19°02.8546’E
68°21.2028'N, 19°02.8564'E
68°21.1993'N, 19°02.8511'E
68°21.1988'N, 19°02.8546’E
68°21.2028'N, 19°02.8554'E
6821.1941N, 19 02.8114E

6821.1986N, 19 02.7959 E
6821.2012N, 19 02.8038 E
6821.1941N, 19 02.8114 E
6821.1986N, 19 02.7950 E
6821.2012N, 19 02.8038 E
6821.1941N, 19 02.8114 E
6821.1986N, 19 02.7950 E
6821.2012N, 19 02.8038 E

Letter S indicates bog and letter E indicates fen. Numbers in the sample name indiicate the replicate number (Three biological replicates per depth for bog and fen samples). Depths
were collected in 3-cm intervals, with numeric depths indicating the middle of each interval.
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Compound class

Amino sugar and carbohydrate
Condensed aromatic

Lignin

Lipid

Protein

Tannin

Unsaturated hydrocarbon

o/c

0.6~0.7
0.0~0.4
0.29~0.65
0.0~03
0.3~0.6
0.66~1.00
0.0~03

H/C range

0.8~25
0.2~0.8
0.7~15
15~25
15~23
08~15
1.0~1.6
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Sample 0/C ratio H/C ratio N/C ratio S/C ratio Avg MW NOSC AG°C-ox
sis 050 1.46 0.08 007 674.20 -0.14 73.24
050 113 003 007 373.34 -0.08 48.04
048 1.44 0.02 008 487.47 -0.12 53.42
050 113 0.02 008 48155 -0.12 65.04
048 1.20 0.03 007 480.26 —0.12 73.97
0.49 1.29 0.03 007 582,66 -0.47 79.16
0.49 1.28 0.03 0.07 481.23 -0.15 70.54
048 1.20 003 002 480.29 -0.12 62.17
S3D 0.40 1.47 0.03 005 583.24 -0.18 53.12
Average 048 1.18 003 006 480.20 -0.13 63.87
(sD) ©0.02) (0.42) (0.05) ©0.02) (115.60) (0.56) (15.86)
050 1.81 0.02 004 560.33 ~0.40 61.19
050 1.31 0.03 005 452.25 ~0.46 73.23
042 1.30 0.02 008 450,54 —037 86.40
042 1.29 003 005 650.35 ~0.48 73.28
0.41 1.39 0.03 004 341.02 —031 62.92
043 1.28 002 005 452,82 —034 72.08
E3S 039 1.23 0.02 005 449.23 —0.44 58.12
E3M 0.40 121 0.02 006 450.14 ~0.46 72.14
E3D 0.41 121 0.02 006 450.10 —0.49 72.47
Average 04 128 0.02 005 4503 —0.42 72.31
(SD) (0.25) (0.5) (0.04) 0.02) (111.5) 0.52) (14.72)

S/C and values for NOSC and Gibbs free energy (AG°C-ox in kJ/mol C) for unique peaks [formulas that were detected in either bog or fen samples but not both (regardless of depth

and replicate number)]. For each value, average of nine samples for bog and nine samples for fen as well as standard deviations were calculated.
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