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Editorial on the Research Topic
 Avian biodiversity collapse in the Anthropocene: drivers and consequences




Birds are increasingly becoming more threatened with extinction (Figure 1). Conservation is primarily the process of identifying threats and then delivering effective solutions. The papers in our Research Topic cover a diversity of subjects related to the essential issue of identifying threats. The approaches vary from describing the distribution of threatened species (Develey and Phalan, Kittelberger et al., Lees et al., McClure and Rolek), describing change (Kim et al., Neate-Clegg et al.), identifying the nature of threats (Bell, Develey and Phalan, Lees et al.), identifying multiple drivers of change (Kittelberger et al., Lindenmayer et al., Sherry), elucidating the mechanisms for threats (Blount et al., Manning and Sullivan), describing the distribution of threats (Fusco et al., O'Bryan et al., Yong et al.), and examining options (Lei et al., Voskamp et al.).
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FIGURE 1
 (A) Distribution of extinction-prone bird species based on primary habitat preference. Conservation status is from Birdlife International (2022). In parentheses, is the number of bird species which prefer that habitat most. Extinct includes species extinct in the wild. (B) Changes between 2003 and 2022 in the percentages of extinction-prone species.


These papers focus on some of the most threatened groups of birds, including tropical forest specialists, long-distance migrants, raptors, and birds living in human-dominated landscapes, while providing a comprehensive overview of the drivers and consequences of avian population declines in the Anthropocene.


Tropical forests

Most of the world's bird species live in the tropics, mainly forests (Figure 1), and many tropical species are highly sensitive to habitat disturbance and fragmentation (Şekercioğlu and Sodhi, 2007; Sodhi et al., 2011).

Kittelberger et al. investigated the biological correlates of extinction risk among resident birds in the Philippines, a hotspot of biodiversity and endemism, based on ecological, biogeographical, and life history traits. Endemism, narrower elevational ranges, high forest dependency, and larger body size were most associated with extinction risk. The authors identify 14 species within the Philippines that are not currently recognized as threatened and warrant heightened conservation attention. Their findings also provide a useful framework for using biological correlates to identify extinction vulnerability in tropical birds elsewhere.

Analyzing bird species extinctions in Brazil's Atlantic Forest, Develey and Phalan conclude that 5–7 bird species have likely been driven to extinction in the wild in recent decades, plus two species elsewhere in Brazil, mainly because of habitat loss. Priority conservation efforts include multi-stakeholder planning, advocacy, habitat protection and restoration, focused research, and intensive population management. The reduction in Atlantic Forest deforestation rates, increases in forest restoration and recovery, and increases in public interest in birds and participating in citizen science give some optimism for many of the Critically Endangered species.

Unfortunately, one exception is Purple-winged Ground Dove (Paraclaravis geoffroyi). Lees et al. used literature, specimen records, media sources and citizen science data to assess its status and compare its occurrence with a congener, Violaceous Quail-Dove (Geotrygon violacea). Despite similar historical distributions, there was no documented evidence of Purple-winged Ground Doves after the 1980s. Captive breeding might have helped the species survive, but private captive breeding efforts were prohibited by conservation laws.

Comprising more than 60% of all tropical birds, tropical insectivorous birds are particularly sensitive to human disturbance (Şekercioğlu, 2002), but the mechanisms are incompletely understood. Sherry reviewed the mechanisms and conservation implications of the sensitivity of tropical insectivorous birds. He argues that the unique evolutionary history of these birds, synthesized by the Biotic Challenge Hypothesis (BCH), explains their vulnerabilities to many threats due to these birds' evolutionary feeding specializations and poor dispersal capacity. More proximate, ecological threats include bottom-up forces like declining insect populations, top-down forces like meso-predator increases, and especially habitat loss and fragmentation, agricultural intensification, and climate change. These conditions peak in the lowland, mainland Neotropics, but tropical regions vary with respect to these birds' ecological sensitivity. Sherry argues that conservation strategies need stronger incorporation of species' evolutionary histories, these birds have greater value than generally recognized, and protecting these birds will require more and larger reserves.

Global warming is further exacerbating the threats to tropical forest birds by pushing montane species to higher elevations, but climate change effects on tropical birds are greatly understudied (Harris et al., 2011; Neate-Clegg et al.). Understanding the traits that drive their responses to climate change is critical for conservation planning. In a meta-analysis of 421 species across eight tropical study sites, Neate-Clegg et al. found a signal of upslope shifts, but variation in both shift direction and speed was considerable. Despite the prevalence of upslope shifts, shift rates varied among species, including many species that shifted downslope. Upslope shifts were greatest for smaller, less territorial species while larger-bodied species were more likely to shift downslope.

Voskamp et al. highlight the importance of taking a network-scale perspective when making management decisions under climate change. They examined changes in the ranges and abundance of 3,798 Neotropical bird species under future climate change scenarios and explored the future suitability of the network of Important Bird and Biodiversity Areas (IBAs). Despite some projected range shifts, they show that the continental network of sites will be effective even under future climate change scenarios.



Human-dominated landscapes

Temperate regions host a minority of bird species, but often have a longer and more intensive history of human land use. As landscape context is of critical importance for biodiversity conservation in human-dominated landscapes (Kati and Şekercioğlu, 2006), even modest improvements of landscape context for native biodiversity (Şekercioğlu, 2009) are critical for the conservation of avian populations and their ecosystem services.

Fusco et al. examined 211 bird assemblages to understand how taxonomic and functional diversity in the Mediterranean basin is correlated with land use change to identify priority areas for more systematic bird surveys. They found that high bird functional diversity overlapped with desertification, shrub encroachment, and agricultural land abandonment, while high species richness areas were associated with agricultural intensification. These results spatially delineated the threatened areas, especially those with few survey efforts to document or assess the effects of land use change.

Manning and Sullivan used water quality, aquatic invertebrate, and bird survey data to study how impaired water quality in United States streams and lakes can reverberate through communities. Emergent aquatic insects were sensitive to water quality impairment, but relationships between bird populations and emergent insects were generally weak. For streams, the strongest positive relationships were observed for a mixture of upland and riparian aerial insectivorous birds such as Western Wood-Pewees (Contopus sordidulus), Olive-sided Flycatchers (Contopus cooperi), and Acadian Flycatchers (Empidonax virescens), with Purple Martins (Progne subis) showing the strongest negative association. Emergent insects were negatively correlated with pollution, suggesting a large-scale loss of this nutritional subsidy to terrestrial environments. The authors emphasize the need for developing conservation and biomonitoring strategies for the cross-ecosystem effects of water quality declines for threatened insectivorous avifauna and other terrestrial wildlife.

Lindenmayer et al. analyzed 18-year datasets on the impacts of fire and logging on the bird communities of Mountain Ash and Alpine Ash eucalypt forests of south-eastern Australia. Wildfire reduced old-growth forest extent and led to increased bird abundance in unburned areas. Fire can trigger salvage logging, resulting in elevated fire frequency. Because many bird species have strict associations with old-growth forests, the authors propose a series of inter-related management actions designed to enhance their conservation. They propose conserving all existing stands of old growth forest, significantly expanding the extent of old growth, protecting old trees, banning salvage logging, and retaining intact source patches within logged areas.

Kim et al. modeled changes in the occupancy of 52 common breeding landbird species in South Korea between 1997–2005 and 2013–2019. Thirty-eight percent of the species showed declines, with seven declining severely (46–95%). Long-distance migrants (9/20) and common species (14/20) showed more rapid declines than the other groups. Declines of five species were associated with climate change, and two species appeared to be affected by land-cover change but causes of change for most species (46/52) were not clear. They suggest an immediate re-evaluation of conservation status and legal protection levels for seven severely declining species, continued monitoring of landbird populations to understand the mechanisms for these declines, and international collaborations to better quantify population trends across the full annual cycle.



Migrants

Long-distance migratory birds are increasingly threatened by global change (Zurell et al., 2018) and their collective conservation status is declining (Horns and Şekercioğlu, 2018).

Yong et al. reviewed the distribution, threats and conservation needs of migratory landbirds in the East Asian Flyway, the world's most diverse flyway with nearly 400 migratory landbird species, many of them threatened. Unsustainable hunting, habitat loss and increased agrochemical use are the key threats. Recent tracking studies of raptors, cuckoos, kingfishers and passerines greatly improved our knowledge of their distribution and migration ecology, but to identify efficient conservation strategies, key future research directions include identifying migration bottlenecks and evaluation of habitat use during the non-breeding season.

Blount et al. combined a literature review of crop management practices and a model of ecological correlates of avian population change to understand how land use change drives migratory bird declines at stopover sites. Migratory birds spend up to one-third of their life migrating and up to 85% of that time at stopover locations. However, the importance of these sites and how land use change affects different species have been little studied. This paper synthesizes how different land types and land management practices affect avian biodiversity at stopover sites and identifies the bird families most affected.

Lei et al. investigated how artificial wetlands serve as breeding grounds for Pied Avocets (Recurvirostra avosetta) in China's Nanpu saltpans on the East Asia–Australasia flyway. Nest success in artificial wetlands was comparable to this species' average and significantly higher than that in natural wetlands or sites with both natural and artificial wetlands. They conclude that artificial wetlands have conservation value for the breeding of some migratory birds.



Raptors

Raptors comprise one of the most threatened groups of birds, with 52% facing declining populations due to human threats (McClure et al., 2018).

Bell investigated the role of predatory species like raptors and corvids in limiting songbird populations in the UK. Despite lack of past evidence, new methods covering a range of prey species and site-level modeling to estimate predator abundance showed a significant aggregate predator effect in 33 out of 40 prey species and significant individual predator effects, with 41 significantly negative and 84 significantly positive. Bell concludes that analyses using census data have limitations and more field experiments are needed on the population limitations of songbirds by predatory species.

McClure and Rolek compared the population declines and conservation status of bird orders, using simulations based on Red List assessments. Eight orders had proportionally more threatened and declining species than average, including raptors (Accipitriformes), even when Old World vultures were excluded.

O'Bryan et al. mapped 15 leading threats to raptors across the ranges of 172 threatened or near threatened species. Human threats impact raptors across 78% of Earth's terrestrial area, particularly in Sahelian and eastern Africa, northern India, and south-eastern South America. Seventy-three percent of raptor species are impacted by deforestation, followed by agricultural conversion (71%). Sixty-six percent of raptor species' ranges is impacted by anthropogenic threats, with one-third of species having >90% of their ranges impacted, and 16 species have >99% of their ranges impacted, especially migratory raptors, longer-lived and larger raptors.



Conclusion

What then is the way forward with anthropogenic threats putting birds and other biodiversity at risk? Whilst we continue to identify problems, we need to be more strategic in addressing them. With the development of evidence-based conservation, the collation of evidence on the effectiveness of actions has become routine so that it can be searched quickly, and selected actions embedded into the conservation decision-making processes (Sutherland, 2022).

We suggest an urgent need for strategic collation of the threat literature such that a user can gain easy access to the literature relevant to an area, habitat, species, or threat, and determine the importance of the threat, which species or habitats are most sensitive, the spatial distribution and the mechanisms. Without such strategic and evidence-based conservation assessments, our chances of preventing biodiversity collapse in the Anthropocene will be greatly diminished.
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The possible role of avian predators in limiting songbird populations has been largely discounted since the publication of findings showing a lack of statistical association in United Kingdom bird census data between changes in prey species populations and those of a range of predatory species, including raptors and corvids. I re-applied the methodology behind these findings, covering a wider range of prey species and using site-level modeling to estimate predator abundance instead of a mixture of spatial modeling and raw count data. A significant aggregate predator effect was found in 33 out of 40 prey species, compared to only 10 out of 27 in the original study, as well as a higher rate of significant individual predator effects, with 41 significantly negative and 84 significantly positive effects out of a total of 320. The greater explanatory power of predator variables estimated using site-level modeling suggests that this has significant advantages over the use of predator variables derived from spatial modeling, which may not capture variation in predator abundance at a local scale, or from raw count data, which may lead to attenuation of effect estimates. The prevalence of positive associations between predators and prey is consistent with a common response to local habitat variation, which may absorb negative covariance resulting from the impact of predators on prey populations. Both positive and negative predator-prey associations may also occur as a result of independent demographic processes that manifest as sequential habitat occupation or withdrawal. Analyses of census data cannot discriminate among these possible scenarios and may therefore have limited value in determining whether predators have been limiting prey populations. Inference to a lack of impact of avian predators on prey populations from such analyses may therefore be unsafe, and a role for increased predator numbers remains a viable hypothesis with respect to bird population declines. The recent neglect of this possibility should therefore be urgently reversed, with a particular need for field experiments that can support strong inference regarding population limitation of songbirds by avian predators.

Keywords: population limitation, spurious correlation, bird census data, raptors, corvids, songbirds


INTRODUCTION

Conservation management of wild populations takes place against a background of controversy regarding the basis of their persistence and stability. This involves debate over whether populations are limited directly by food availability and other environmental factors or regulated via density dependence (Berryman, 2004; White, 2008), and if the latter whether such regulation is bottom–up or top–down (Schmitz, 2010). Much evidence has accumulated for the action of density-dependence (Sibly et al., 2005), but the means of regulation remains controversial in many cases, with bottom-up regulation via food supply favored by those who believe that mortality resulting from predation affects only a ‘doomed surplus.’ However, experimental studies suggest that top–down regulation of populations by predators is widespread, at least among the quarry species that are the most frequent focus of such investigations (Holt et al., 2008; Salo et al., 2010; Smith et al., 2010, 2011).

Few such studies have focused on the songbirds, which form the majority of the common bird species that have undergone severe population decline in heavily managed landscapes in Europe and worldwide (Inger et al., 2015; Stanton et al., 2018). Bottom–up regulation forms the usual context for explanation of such declines, which cites changes in farming practices and consequent decline in food supply as the ultimate cause, while discounting the possible role of increasing predator populations (Gibbons et al., 2007). Support for this position has emerged from investigations that use data from the British Common Birds Census (CBC) to test for the presence of relationships between local population trends and changes in the local status of predators during the main period of decline in the late 20th century (Thomson et al., 1998; Newson et al., 2010), which found very little to suggest a significant impact of a range of increasingly abundant predator species. By contrast, studies focusing on data from the Garden Bird Feeding Survey (GBFS) have found more evidence of impact (Chamberlain et al., 2009; Bell et al., 2010; Swallow et al., 2016a,b, 2019; Jones-Todd et al., 2018), but since this refers to numbers at winter feeding stations it permits less certain inference regarding impacts on breeding populations.

One of the main methodological problems of using Common Birds Census data to test for association between predators and prey is that predators occur at relatively low density. Census plots, which are generally < 100 ha, may therefore hold a maximum of only one or two breeding territories, which provides little resolution of variation in predator abundance. Newson et al. (2010) addressed this problem by using smoothed relative abundance surfaces to produce year-specific predator indices for each CBC site within their focal area (England), effectively using broad-scale spatio-temporal trends to estimate variation in local abundance. However, they used this approach only for raptors, while using raw count data for the remainder of the predators included in the study, despite the fact that these include species such as Jay and Great Spotted Woodpecker, which occur at a range of densities comparable to those of raptors.

Use of explanatory variables in the form of raw count data presents a danger of inflating the type II error rate of regression analyses, since differences in counts between adjacent years are likely to contain a large element of measurement error. This can be mitigated by using fitted model values, which reflect the long-term trend in local predator activity, but the use of trends measured on a broad geographic scale may fail to reflect variation at the narrower scale represented by the area of a typical CBC census plot. Here, therefore, I reprise the approach used by Newson et al. (2010) for a wider range of potential prey species, and use indices of activity for all predator species derived from modeling of predator presence and absence at individual site level.



MATERIALS AND METHODS

The analysis uses CBC data for the whole of the United Kingdom, unlike Newson et al. (2010), who used only English data to aid comparability with a similar analysis of Breeding Bird Survey data. The latter began in 1995 so covers the period after the most severe bird population declines in the 1970s and 1980s and has good coverage of the whole of the United Kingdom, unlike CBC which is mainly confined to England. The addition of a small number of sites from Scotland, Wales and Northern Ireland should not, therefore, substantially alter the results. CBC data were supplied by volunteer surveyors as part of a national scheme covering around 250 plots each year. There was relatively high turnover and a policy of replacing a lapsed plot with another of similar character, so the number of years surveyed at individual sites varied considerably.


Model Structure

The approach used retains the structure of the model used by Newson et al. (2010), and implements a regression of change in log prey population against change in log predator indices:

[image: image]

where μi,t is estimated prey population at site i in year t, rj is the instantaneous rate of change in global prey population year j, and χ and λ are variable vectors with associated regression parameter vectors α and β. χ contains predator variables which include zero values and are therefore of the form [image: image], where Pi,t is a site and year-specific estimate of predator population (see below), and λ comprises environmental variables of the form [image: image]. Predator variables used are the same as those used in Newson et al. (2010): Buzzard (P1,i,t), Sparrowhawk (P2,i,t), Kestrel (P3,i,t), Great Spotted Woodpecker (P4,i,t), Magpie (P5,i,t), Jay (P6,i,t), Carrion Crow (P7,i,t), and Collared Dove (P8,i,t), with the latter included as a ‘dummy predator’ to check whether patterns suggestive of predation might emerge where no predation is occurring. Environmental variables are also equivalent to those used in Newson et al. (2010): biomass (Q1,i,t), which is the sum of counts of prey species (other than the focal species) multiplied by species-specific masses obtained from Robinson (2005); mean daily rainfall and minimum temperature from the period April-June of the preceding year (Q2 & 3,i,t); and mean daily rainfall and minimum temperature from the preceding winter period of December to February (Q4& 5,i,t), with all weather data derived from HADUK 1km gridded climate observations1 matched to the 1km square corresponding to each census site. The model excludes Gray Squirrel and prey detectability indices, which were used in Newson et al. (2010) for analysis of Breeding Bird Survey data only.

The model was implemented in R version 3.5.1. (R Core Team, 2018) with prey counts as the response variable, using Poisson errors and a loge link, except where the model dispersion was ≥1.4 (Supplementary Table S1), in which case quasipoisson errors were used:

[image: image]

The ‘recursive’ structure of the model enables a much more efficient use of the available data than in a standard regression model of population change with an offset in the form of the log of observed prey numbers at t-1 (ln Ni, t–1, cf. Thomson et al., 1998) instead of the log estimate of prey numbers in the first data year (ln μi, 1). This is because all the data contribute to maximum likelihood estimates of prey numbers in any given year (t), with those for t = 1 estimated as site effects with sites represented by levels in a categorical variable (cf. Freeman and Newson, 2008). For some long-running census sites in which there were periodic changes in the size of the census area, site data were split between multiple levels of the categorical variable, each corresponding to runs of years in which the census area was consistent, thereby preventing the variance in prey species counts attributable to changes in the size of census areas from being partitioned among the other explanatory variables.

Prey species counts for any given year also contribute to the estimate of the global effect of that year (rj) through inclusion in the model of binary variables representing each data year, which are set to value 1 for species counts taken after the year in question (e.g., 1971, 1972… for the variable representing the effect of conditions in 1970), denoting that the count has been influenced by conditions in the year concerned, and otherwise to 0. Change of prey count between the first and any subsequent year with site data is therefore explained by a combination of the global effect of conditions in the intervening years, and the change in predator and environmental variables over the same period.



Estimation of Predator Activity

All of the predators included in the analysis are species that increased in abundance during the focal period, and therefore could plausibly have contributed to contemporary declines in prey populations. An undoubted outcome of predator increase has been range expansion, resulting in the settlement of many sites that were formerly unoccupied, and estimation of change in predator abundance focuses on this process by first reducing count data to presence and absence, which is then modeled within each site using binary logistic regression. This ensures equal treatment of the predators and facilitates inclusion of frequent occasions on which they are recorded as ‘present’ at a site in a given year, but with a count of zero territories. A predator was therefore recorded as present for counts ≥ 1 and for counts of zero where it was noted as being present, and for all other counts of zero as absent. This may reduce the power of the analysis to detect associations, especially for species such as Magpies for which counts into double figures can occur, although probability of presence is generally a good predictor of abundance (Jones-Todd et al., 2018).

Since regression cannot provide meaningful estimates for short runs of data, modeling was confined to sites in which census data were recorded for at least 5 years. The estimates of predator activity derived for each site and year were then used as explanatory variables (Pi,t) in the analysis of change in prey populations.



Effect of Biomass

Newson et al. (2010) included biomass as a covariate in their linear model ‘to control for the availability of alternate prey, which may buffer against impact on the prey species of interest.’ This was investigated via comparison of predator effect values before and after deletion of biomass, which should result in a reduction in effect size if buffering is occurring.



Comparison of Predator Effects With Population Change

The analysis follows Newson et al. (2010) in using data from the period 1967–2000, facilitating comparison of results with change in national population estimates, which for most prey species are available from 1966 onward (Woodward et al., 2018). Change in national prey population associated with increased numbers of individual predators was estimated using prey-specific effect values (αprey) in combination with a measure of increase in site occupation by the predator, calculated as difference between annual means of the loge predator index. The predicted effect on national prey populations (Rprey) of change in predator occupation across all sites between 1967 and 2000 is then:

[image: image]

where nt = the number of sites (i) contributing predator activity estimates (Pi,t) in year t.



Cross-Study Comparisons

Predator effect estimates for individual prey species were compared with those presented by Newson et al. (2010), and from a series of more recent papers reporting predator effects estimated from GBFS data in which mean over-winter counts at bird feeding stations are modeled within a Bayesian framework, either using site-specific predator and environmental variables as linear predictors (Swallow et al., 2016a,b, 2019), or via a joint spatio-temporal model that determines the dependency of species abundance on the probability that other species are present (Jones-Todd et al., 2018).



RESULTS

A significant aggregate effect of predators was indicated by likelihood ratio test in 33 of the 40 prey species examined (Table 1), and residual plots support the validity of the fitted models (Supplementary Figures S1–S4). Under the null hypothesis of no effect on prey numbers, standardized effects of a predator on a range of prey species should be approximately normally distributed with a mean of zero, resulting in a uniform distribution of one-tailed probabilities. In general, however, the distribution is centrifugal, with excess frequencies at both extremes, indicating that markedly positive and negative effects occur more frequently than expected by chance (Figure 1). The resulting frequency distributions differ significantly from uniform in all except Buzzard and Carrion Crow (Table 2). Among the weather variables the distribution of one-tailed probabilities differs significantly from uniform only for winter temperature, indicating an overall bias toward a positive effect that is particularly marked in Wren and Robin (Table 2 and Supplementary Table S1). Among the eight individual ‘predator’ species six show a significant aggregate effect of the other predators (Supplementary Table S1), and one-tailed effect probabilities show positive bias in Sparrowhawk, Great Spotted Woodpecker, Magpie and Carrion Crow, and negative bias for Spring Rain (Table 2 and Supplementary Table S1).


TABLE 1. Estimated effects with standard errors in brackets from multiple regressions of change in prey abundance against change in predator activity.
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FIGURE 1. Histograms of one-tailed probabilities for effects of predators on prey species. Parts (A–H) show prey species frequencies for each individual predator species.



TABLE 2. Kolmogorov–Smirnov tests of the null hypothesis that one-tailed probabilities of predator, weather and biomass effects on prey and predator species have a uniform distribution.

[image: Table 2]Biomass shows a highly significant positive effect in all 40 prey species and in 6 of the 8 ‘predator’ species (Supplementary Table S1), but changes in predator effects that occur on deletion of biomass are overwhelmingly positive, and this holds whether the effects themselves are positive or negative (Table 3 and Figure 2). Consequently negative effects generally decrease, which is in line with the assumption that biomass controls for the buffering effect of alternative prey, but positive effects generally increase, which is contrary to this assumption. The exceptions are negative Sparrowhawk effects and positive Buzzard effects, which show no overwhelming tendency to increase or decrease, and positive Sparrowhawk effects, which generally decrease (Table 3 and Figure 2).


TABLE 3. Mean change in estimated effects of predators on prey species following deletion of biomass from the linear model.
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FIGURE 2. Plots of change in predator effect on deletion of biomass from the linear model against predator effect prior to deletion. Parts (A–H) show changes in effects of individual predators on prey species where the effect is significant prior to biomass deletion, with prey species denoted using standard British Trust for Ornithology codes (see Supplementary Table S1).


The temporal trend in mean predator abundance across sites is shown in Figure 3, and the prey population change predicted on the basis of estimated effects and change in the abundance of predators is plotted against actual prey population change for the period 1967–2000 in Figure 4. There is a significant positive relationship in the case of Sparrowhawk, but for all other predators it is non-significant (Table 4).


[image: image]

FIGURE 3. Trends in mean predator site occupation 1962–2000. This is expressed as the mean of ln(Pi,t + 1), where P is the year and site-specific estimate of predator activity derived from the binary logistic model (n.b. Pi,t + 1 is the unit measurement on which predator effect estimates are based). Trend lines ±2 standard errors were fitted with the loess smoother of the GAM package in R using a span of 0.2.



[image: image]

FIGURE 4. Plots of predicted ln prey population change across all census sites (ln Rprey) against ln actual population change for prey species with significant predator effects. Parts (A–H) show ln predicted prey population change from 1967–2000, as estimated from change in mean site occupation by individual predators and their prey-specific effect estimates, plotted against ln actual prey population change for the same period, except for prey species in which population estimates start later than 1967, i.e. House Sparrow (1976) and Wood Warbler (1994) (Woodward et al., 2018).



TABLE 4. Regression of loge actual prey population change against loge prey population change predicted from significant predator effects, given mean change in predator abundance.

[image: Table 4]

Comparison With Previous Studies

The proportion of prey species with a significant overall predator effect is markedly higher than that reported by Newson et al. (2010), in which 9 of the 27 species covered by both studies (33%) proved significant, compared to 24 (89%) in the current analysis. Significant individual predator effects also occur at a higher frequency in the current study, with 27 negative (13%) and 61 positive (28%) effects among the 27 prey species, compared to 19 (9%) negative and 41 (19%) positive in Newson et al. (2010). Effect size estimates emerging from the two studies are uncorrelated except in Jay and Collared Dove (Table 5), and there is limited correspondence between the two studies as to which individual predator-prey interactions are significant, with agreement regarding significance on only 4 negative and 10 positive effects, and significant but opposite results in 6 cases (Table 6). Effect sizes reported in Newson et al. (2010) for predators represented by raw count data are markedly constrained around zero compared to those represented by modeled data, which comprise both the raptors in Newson et al. (2010) and all predators in the present study (Figure 5). Variance in effect estimates is therefore consistent between predator species in the present study (Fligner-Killeen test for homogeneity of variances: χ27 = 5.232, P = 0.632), but not in Newson et al. (2010) (χ27 = 95.241, P < < 0.001∗∗∗).


TABLE 5. Correlation between effect sizes reported in Newson et al. (2010) and current study.
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TABLE 6. Correspondence of significant predator effects in Newson et al. (2010) and current study.
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FIGURE 5. Plots of estimated predator effects on individual prey species from Newson et al. (2010) against equivalent estimates from the current study. Plots (A–H) show estimated effects of individual predator species on prey species covered by both studies.


There are also substantial disparities with results emerging from more recent studies of predator effects using GBFS data (Table 7). Where results disagree for Sparrowhawk (21 out of 28 comparisons) GBFS studies tend to find outcomes that are more negative, i.e., either negative or non-significant for species with positive effects in the current study (Blue Tit, Great Tit, Starling, Robin, Chaffinch), or negative outcomes for species that are non-significant in the current study (House Sparrow). There are 9 agreements, which are all over non-significant outcomes, and 3 positive GBFS outcomes for species that were non-significant in the current study (Coal Tit, Blackbird).


TABLE 7. Comparison of current results with those of recent analyses using GBFS data.

[image: Table 7]Collared Dove shows a higher level of agreement, with 10 examples of agreed non-significance and 4 of agreed positive covariance. Among the disagreements GBFS outcomes tend to be more positive, with 9 examples of positive GBFS effects that were non-significant in the current study (Coal Tit, Robin, House Sparrow, Chaffinch) and two positive GBFS outcomes found here to be negative (both Blackbird), with only Greenfinch providing two instances of a non-significant GBFS outcome compared to a positive one here (Table 7).



DISCUSSION


Comparison With Previous Studies

The results of this analysis bear limited resemblance to those of Newson et al. (2010), despite the fact that the two studies use substantially the same datasets and methodology. However, the effect sizes reported in Newson et al. (2010) are clearly dependent on the method used to estimate predator abundance, with restriction to a narrow range around zero for predators represented by raw count data compared to those represented by modeling in both Newson et al. (2010) and in the current study. This suggests a larger attenuation of effects resulting from error in the explanatory variables consisting of raw data, which is intuitively reasonable given that year to year variation in the underlying census estimates will inevitably include a large element of measurement error. Much of this measurement error will be partitioned as residual error in a model of predator abundance, and since it is the underlying trend in predator presence that is of interest as a predictor of prey population change, it makes sense that attenuation should be lower when it is represented by fitted values from a predator model. This can therefore explain the wider observed range of effect estimates among the modeled predator species, both in Newson et al. (2010) and the current study, although these will still be subject to some attenuation because of error in predator model estimates.

Although both studies use a modeling approach to estimate raptor abundance, they show less correspondence in effect estimates for raptors than for Jay and Collared Dove, which were both represented by raw data in Newson et al. (2010) (Table 5). However, the scale at which variation is measured is markedly different in the two studies. The CBC census plots used as the basis of spatial modeling by Newson et al. (2010) are typically tens of kilometers apart, and although they include an adjustment for habitat at the 1km square level, this can only capture local variation to a limited extent, and cannot account for random variation in local abundance or effects independent of habitat such as disturbance, all of which are captured by site-level modeling. These factors, together with the greater explanatory power of the analysis reported here, suggests that the site-level modeling approach used may have significant advantages over the mixture of spatial modeling and raw data used by Newson et al. (2010).

There are also major differences with the results of Swallow et al. (2016a,b, 2019), which themselves vary substantially (Table 7). However the results emerging from these studies may be of limited value, since the model used in each case has a common intercept across all years. This is contrary to indications emerging from Thomson et al. (1998) in favor of the inclusion of annual intercepts in the linear model, which has the effect of removing predator-prey covariance attributable to long-term national trends. The existence of such correlated trends provides the original motivation for analyses of this kind, but may represent a spurious relationship arising from separate and unconnected causal mechanisms, and since this potential source of covariance contributes to the effect sizes reported by Swallow et al. (2016a,b, 2019), this limits the inferences that can be drawn. In particular the negative associations reported for Blue Tit, Starling and House Sparrow with Sparrowhawk may simply reflect temporal covariance caused by declining attendance at bird feeders, which coincided with the increase in Sparrowhawk numbers but was somewhat later than the main period of Collared Dove increase.

The present study also contrasts with that of Jones-Todd et al. (2018), which reports that House Sparrow has a significant negative association with Sparrowhawk and a significant positive association with Collared Dove. However Jones-Todd et al. (2018) did not include any other predators or environmental covariates, and their result is the same as that which emerges using the methodology of the current study if such covariates are excluded (Bell, 2019).



Inference From Predator Effects

Although both positive and negative predator effects occur in the present study much more often than expected by chance, i.e., 13% negative and 26% positive (Table 1), compared to expected rates of 2.5% each, it is notable that positive effects occur at twice the rate of negative effects. Notwithstanding theoretical considerations relating to the ‘hydra effect’ (Abrams, 2009), it seems likely that such positive associations arise from the effect of prey abundance on predator activity rather than the other way around, as indicated by the generally positive covariance between predators and biomass (Supplementary Table S1). However this does not necessarily mean that increased predation is having no effect on a prey population, since it may be slowing the rate of prey increase or accelerating the rate of decline that would occur in response to change in habitat quality in the predator’s absence. Negative predator effects may therefore emerge only when they are sufficient to outweigh the fact that variation in local carrying capacity tends to produce positive covariance between predators and prey species.

Evidence for buffering in the form of reduction in predator effects following deletion of biomass is unevenly distributed and occurs mainly among negative predator effects, except in the case of Sparrowhawk where it occurs among positive effects (Figure 2). The former might be interpreted as evidence that the effect of predation on individual species is dependent on the abundance of alternative prey, and the latter that the same applies to the effect of individual prey species abundance on Sparrowhawk activity. However, biomass deletion also reduces negative effects associated with Collared Dove, including effects on Meadow Pipit, Treecreeper and Blackbird (Figure 2H), which are clearly not predation-related and seem unlikely to result from competition.

All such patterns might instead be explained by independent demographic trends, which manifest via sequential occupation or withdrawal from locations and/or habitats (Brown, 1969; Fretwell and Lucas, 1970, Figure 6). It is intuitive that if two species are independently increasing and expanding their range the result can be positive covariance in population change across a sample of census sites (cf. Figure 6A and upper right quadrant in Figure 4). However, the numerous instances of positive covariance between (increasing) predators and declining prey species (lower right quadrant, Figure 4) and the few instances of negative covariance with increasing prey species (upper left quadrant, Figure 4) can also be explained by independent demographic trends if the species involved differ in their core range or habitat. If, for example, increasing Great Spotted Woodpecker populations expanding from core wooded habitat to more open farmland encounter declining Corn Bunting and Tree Sparrow populations retreating in the same direction, this would lead to a positive correlation (Figure 4D) caused by contrast between stable woodpecker and declining bunting/sparrow populations in wooded farmland and increasing woodpecker and stable bunting/sparrow populations in open farmland (Figure 6D). Such independent demographic trends can also explain apparent buffering by biomass in the case of Corn Bunting (Figure 2D), which may decline more rapidly in poorer quality habitats supporting fewer birds of other species.


[image: image]

FIGURE 6. Spurious relationships resulting from simultaneous changes in species populations. Boxes represent habitats or census locations. 0, + and – represent change in population during a one year period for two species. The ‘correlation’ plot to the right represents relationships that emerge from a ‘change versus change’ analysis of the process illustrated. (A) Species share preferred habitat/core area and expand into marginal habitats/areas. (B) Species differ in preferred habitat/core area and expand into marginal habitats/areas. (C) Species share the same preferred habitat/core area and one expands into while another contracts from marginal habitat/areas. (D) Species differ in preferred habitat/core area and one expands while another contracts from marginal habitat/areas.


Another possible example concerns Buzzard populations that expanded from the west as Turtle Dove populations were retreating to the east (Massimino et al., 2019), which may have led to the observed positive correlation (Figure 4A) via contrast between stable Buzzard and declining Turtle Dove populations in the west, and stable Turtle Dove and increasing Buzzard populations in the east (Figure 6D). The negative association between increasing Collared Dove and Treecreeper populations (Figure 4H) could arise if each were relatively stable in their core habitat of suburbia and woodland respectively, while expanding into the other (Figure 6B). Collared Dove populations may also have expanded into farmland habitats that were marginal for retreating Corn Bunting and Meadow Pipit populations leading to a negative association (Figure 4H), with slower retreat in better quality habitat accounting for apparent buffering by biomass in Meadow Pipit (Figure 2H).

It is the case, therefore, that negative associations between increasing predators and decreasing prey species (lower left quadrant, Figure 4), which readily evoke direct interaction as an explanation, can also arise from independent demographic change (Figure 6C). Since the association between population change in predator and prey species is identical in either scenario, analysis of census data does not permit discrimination between them. It is nevertheless possible to identify associations that are more or less plausibly attributed to direct predation. For instance, declining Redpoll populations are negatively associated with Buzzard, Sparrowhawk, Great Spotted Woodpecker and Jay (Figures 4A,B,D,F), though by far the largest effect is that of Sparrowhawk, which also most plausibly attributed to predation on ecological grounds. The fact that Sparrowhawk is the only predator for which there is a significant relationship between predicted and actual population change at the national level also suggests that it is most likely to have contributed to general population decline among prey species.



Evaluation

Newson et al. (2010) were careful to frame inference from their results in terms of an absence of evidence for an impact of increased predator numbers on prey populations, but their conclusions carry the clear implication that widespread negative predator-prey associations should have emerged from their analysis if such impacts had occurred. The article has therefore been widely quoted as concluding that predators have little or no effect on prey populations (Bicknell et al., 2010; Eglington and Pearce-Higgins, 2012; Mallord et al., 2012), and the results it presents also have influence through inclusion in literature reviews on predation, in which the very large number of predator-prey cases it covers tends to overpower the influence of other studies (Madden et al., 2015; Roos et al., 2018).

The analysis presented here cast doubt on both the results and the inferences presented by Newson et al. (2010), since it demonstrates that change in predator abundance has much greater predictive power than was apparent in their analysis. It also shows that positive associations between predator and prey are widespread, suggesting that negative effects of predation might be undetectable against a general background of positive predator-prey covariance caused ultimately by common response to variation in habitat quality. Since it is also the case that negative associations may arise fortuitously as a result of contrasting patterns of sequential occupation of habitat or territory by expanding or contracting species populations, the utility of census data for investigation of predation effects may be limited.

In the absence of evidence to the contrary, the impact of increased numbers of predators therefore remains a viable hypothesis in relation to the bird population declines that occurred in Britain and elsewhere during the last quarter of the 20th century. It also gains credibility from the failure of farmland bird populations to recover following the widespread introduction of agri-environment schemes based on the prevailing hypothesis of farming-related food shortage (Davey et al., 2010). Predator numbers are seldom considered in the many studies linking farming practices with bird population declines, and because predator abundance is also largely determined by farming practice, it can potentially explain many aspects of bird decline that are routinely attributed to the direct influence of farming (Bell, 2011).

Since the publication of Newson et al. (2010), the study of predation and its potential for population regulation, particularly of songbirds, has been relatively neglected. However, the results presented here suggest an urgent need for the effect of predator abundance to be investigated alongside that of farming, and in particular for more experimental studies such as that of Sage and Aebischer (2017), in order to create a fund of evidence comparable to that which has clarified the role of predation in limiting gamebird and wader populations.
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Birds, especially raptors, play important roles in ecosystems. We examine the International Union for the Conservation of Nature’s (IUCN) Red List to determine which orders of birds have proportionally more or fewer species listed as threatened or declining compared to the Class-wide average. We further examine whether raptors are more threatened or declining than non-raptors and whether the order Accipitriformes is particularly threatened even when excluding Old World vultures – which are especially imperiled. Our results reveal heterogeneity across bird orders in proportions of threatened and declining species, with some orders having greater or lower proportions than the Class-wide proportion. We also show that the proportions of threatened species in each order are correlated with the proportion of declining species. Raptors have both greater proportions of threatened and declining species than non-raptors and Accipitriformes has greater-than-average proportions of threatened and declining species, even if Old World vultures are removed from the analysis. Our results should serve as a framework for discussion of the relative conservation status of bird orders, especially raptors, which are in need of increased conservation attention.
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INTRODUCTION

Earth is experiencing a sixth mass extinction – losing species at a rate thousands of times higher than between extinction events (Ceballos et al., 2010, 2015). Birds have not been spared from such defaunation (Dirzo et al., 2014; Ceballos et al., 2017). Since the year 1500, a minimum of 159 species of birds have gone extinct and many populations of extant species have been lost (Ceballos et al., 2017; BirdLife International, 2019). Even common species are experiencing declines (Ceballos et al., 2017), with bird populations declining by an estimated 29% across North America declining since 1970 (Rosenberg et al., 2019).

Such bird declines lessen ecosystem function (Şekercioğlu et al., 2004), because birds play important roles including as pollinators, dispersers, scavengers, and predators (Whelan et al., 2008). Raptors (orders Accipitriformes, Cathartiformes, Falconiformes, Strigiformes, and Cariamiformes; Iriarte et al., 2019; McClure et al., 2019) particularly perform important cultural and ecosystem services (Markandya et al., 2008; Donázar et al., 2016; O’Bryan et al., 2018; Aguilera-Alcalá et al., 2020). For example, Turkey Vultures (Cathartes aura) provide an estimated $700 million in ecosystem services by consuming roughly 1,000 tons of carrion per year (Grilli et al., 2019).

Raptor populations are currently of conservation concern. Over half of raptor species are experiencing population declines and 18% are threatened with extinction (McClure et al., 2018). Even of raptor species listed as Least Concern by the International Union for the Conservation of Nature (IUCN), 38% are in decline (McClure et al., 2018). Raptors remain understudied with ten species receiving one-third of research attention and one-fifth of species being virtually unstudied (Buechley et al., 2019). Further, most groups of raptors have lower Red List Indices (Butchart et al., 2007) than birds do generally (McClure et al., 2018) – thus the average raptor is at greater risk of extinction than the average bird.

Old World vultures are especially imperiled, mostly because of intentional and unintentional poisoning (Buechley and Şekercioğlu, 2016; Ogada et al., 2016; McClure et al., 2018). The obligate scavenging behavior of vultures particularly exposes them to dietary toxins while their slow life histories prevent populations from rebounding quickly (Buechley and Şekercioğlu, 2016). Indeed, Africa and Asia are experiencing concurrent vulture crises (Pain et al., 2008; Ogada et al., 2016), which contribute to obligate scavengers being the most threatened avian feeding guild, globally (Buechley and Şekercioğlu, 2016).

Here, we examine the IUCN Red List assessments of bird species (BirdLife International, 2019) to compare the number of threatened and declining species per order, with special attention to raptors. We predict that there will be heterogeneity across Class Aves in extinction risk and population declines, such that some orders are proportionally more or less threatened or declining than others. We further predict that across Class Aves, the proportions of species listed as threatened will correlate with the proportions of species listed as declining in population size. We predict that raptor orders will proportionally have more species listed as threatened and declining than non-raptor orders. We also predict that Accipitriformes will have proportionally higher-than-average numbers of threatened and declining species, even if Old World vultures are not considered.



METHODS

BirdLife International is the Red List Authority for all birds on the IUCN Red List. We therefore obtained data from BirdLife International’s database of Red List assessments (BirdLife International, 2019) for all species of birds. For information regarding the assessment process see documentation from the IUCN Standards and Petitions Subcommittee (2017).

Following Bennett and Owens (1997) we used simulations to determine whether there was heterogeneity in extinction risk and declining populations across Class Aves. To determine what the distribution of threatened species would be if those species were distributed randomly across orders, we drew the number of threatened species (see below) at random from the full list of species and noted which orders the randomly-drawn species were within. Next, we calculated the proportion of species within each order that were randomly selected and repeated this simulation 10,000 times. We then created a predicted (or, expected) distribution represented by a histogram of the average number of orders in each frequency bin across all simulations. Frequency bins ranged from zero to one by 0.1. Threatened species were assumed to be randomly distributed among orders when the observed data matched this histogram. We tested whether observed data matched the expected distribution using a X2 test and followed the same simulation methodology above to examine proportions of declining species.

We used logistic regression to examine the proportion of species in each Avian order that is threatened or declining. Under a Bayesian framework, we built a model where species (i) are input as binary data (zeroes or ones, y) and order j = {1,2,3,…,36} is estimated using a y-intercept (α) that varied as a fixed effect: yi∼Bernoulli(Ψi) and logit(Ψi) = αj. The model also calculated the average proportion across Class Aves as a derived parameter. We ran the model separately to examine threatened (threatened = 1, non-threatened = 0) and declining (declining = 1; stable, increasing, or unknown = 0). We coded species to be threatened with extinction if they were listed as Vulnerable, Endangered, Critically Endangered, or Extinct in the Wild. We subtracted the proportions of each order from the average across Class Aves to determine which orders have statistically higher or lower than average proportions of threatened or declining species. We considered orders to have proportions different from average if the 95% credible interval of the difference between the proportion of a given order and the average proportion across all Aves excluded zero.

We also built a model that included whether or not a species is a raptor as a binary covariate and estimated the difference between the proportions of threatened or declining species between raptors and non-raptors. We considered there to be a difference between the raptor proportion and the non-raptor proportion if 95% credible interval of the difference excluded zero.

We implemented models using JAGS (Plummer, 2003) and the package jagsUI (Kellner, 2016) in R (R Core Team, 2019) and implemented three MCMC chains each having 5,000 posterior iterations with burn-in of 1,000 and thinning rate of two. We calculated the Gelman-Rubin statistic (Gelman and Rubin, 1992) and considered convergence of chains when parameters had an [image: image] < 1.1. We visually assessed trace plots of parameter chains to check for convergence and used vague priors for all parameters (Kéry and Schaub, 2012), and specified priors for coefficients of covariates as normal(0,τ = 0.001).

To examine correlations between proportions of threatened and declining species per order, we used the lm() function in R to conduct regressions of posterior draws (Benson and McClure, 2019) of the of the two proportions. We considered there to be a correlation between proportions of threatened and declining species if the 95% credible interval of the slope parameter excluded zero.



RESULTS

Of the 10,988 species of extant birds recognized by BirdLife International, 1,491 (14%) are threatened with extinction and 5,108 (47%) have declining global populations. Simulations revealed the numbers of threatened (X2 = 31.95, df = 2, p < 0.001; Figure 1) and declining (X2 = 18.94, df = 2, p < 0.001; Figure 1) species are non-randomly distributed among bird orders.


[image: image]

FIGURE 1. Frequency histogram across bird orders of proportion of species that are threatened or declining. The expected distributions are based on simulations.


Of the 36 bird orders, six (17%) had statistically lower proportions of threatened species than average (i.e., the Class-wide proportion) while 12 (33%) had statistically higher proportions than average (Figure 2). Regarding proportions of declining species, three (8%) orders had lower proportions than average while 12 (33%) had statistically higher proportions than average (Figure 2). Eight (22%) orders had higher proportions of both threatened and declining species (Figure 2), and two (6%) orders had fewer threatened and declining species than average. Per bird order, the proportions of threatened species were generally correlated with the proportions of declining species with linear models having a median R2 of 0.18 (CRI = 0.03–0.38) and slope of 0.37 (CRI = 0.15–0.61; Figure 3).


[image: image]

FIGURE 2. Median (points) and 95% CRI (lines) of proportions of threatened and declining species per bird order. Horizontal dashed lines represent the Class-wide proportion (i.e., Average). Orders are more than average (orange) if the 95% CRI of the difference between the order’s proportion and the average is negative, and less than average (blue) if that value is positive. Moving from left to right, orders are ranked by median proportion of threatened species. The parenthetical numbers in the x-axis labels are the number of species per order.
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FIGURE 3. Results of a linear regression between the proportions of threatened and declining species per order. Black line is the median prediction and gray shading is the 95% CRI.


The proportion of Old World vultures that were threatened with extinction was 0.69 (CRI = 0.44–0.89) and that of other Accipitriformes was 0.19 (CRI = 0.14–0.24; Figure 4). These proportions for Old World vultures and other Accipitriformes were therefore both different from average with those differences being 0.56 (CRI = 0.30–0.75) and 0.05 (CRI = 0.004–0.11), respectively. Regarding proportions of declining species, the value for Old World vultures was 0.83 (CRI = 0.56–0.96) and other Accipitriformes was 0.59 (CRI = 0.53–0.61; Figure 4). The differences between these proportions and the Class-wide proportion was 0.36 (CRI = 0.13–0.43) and 0.13 (CRI = 0.06–0.19).
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FIGURE 4. Median (points) and 95% CRI (lines) of proportions of threatened and declining species per group of birds. Horizontal dashed lines represent the Class-wide proportion (i.e., Orders are more than average (orange) if the 95% CRI of the difference between the order’s proportion and the average is negative).


The proportion of raptor species threatened with extinction was 0.19 (CRI = 0.16–0.23) whereas that proportion for non-raptors was 0.13 (CRI = 0.12–0.14; Figure 4). The proportion of raptors that are threatened was therefore 0.06 (CRI = 0.03–0.10) greater than that of non-raptors. Results were similar for the proportions of declining species with raptors having 0.57 (CRI = 0.53–0.61) and non-raptors having 0.46 (CRI = 0.45–0.47), resulting in a difference of 0.11 (CRI = 0.07–0.15; Figure 4).



DISCUSSION

During the 1990s, Bennett and Owens (1997) demonstrated variation in bird extinction risk across families. We demonstrate that this heterogeneity continues today across orders and that variation also exists regarding proportions of declining species. We further show that several orders have proportionally different numbers of threatened or declining species than average, especially highlighting entire orders of conservation concern. These orders are in need of especially increased conservation attention. For example, all three members of Mesitornithiformes (mesites) are threatened with extinction whereas none of the 16 species of Pterocliformes (sandgrouse) are threatened. The eight orders containing both proportionally more threatened species and more declining species deserve special emphasis (Table 1). Psittaciformes (parrots) are the most speciose of these eight orders, are especially endangered (Olah et al., 2016), and are considered umbrella species (Vergara-Tabares et al., 2020). Our results suggest parrots are declining more than most birds. Galliformes (pheasants and allies) – considered both flagship and umbrella taxa (McGowan et al., 2009) – also have high proportions of threatened and declining species.


TABLE 1. Median of proportions of threatened and declining species per bird order. Orders are more than average (orange) if the 95% CRI of the difference between the order’s proportion and the average is negative, and less than average (blue) if that value is positive.

[image: Table 1]Both the proportion of raptor species that were threatened and the proportion that were declining were greater than that of non-raptors. Our results therefore support recent work expressing concern over the conservation status of raptors (McClure et al., 2018; Sarasola et al., 2018; Buechley et al., 2019). The two most speciose raptor orders had higher-than-average proportions both of threatened and declining species. Accipitriformes (hawks, eagles, and Old World vultures) contain the Old World vultures, which are victims of the African and Asian vulture crises (Pain et al., 2008; Ogada et al., 2016). Yet, even the proportions of both threatened and declining species of the other (non-vulture) species of Accipitriformes were higher than average. Thus, even though Old World vultures are indeed particularly imperiled, Accipitriformes, in general, should be considered of conservation concern. Strigiformes (owls) also had greater proportions of threatened and declining species than average. Owls are particularly understudied (Buechley et al., 2019; McClure et al., 2020) and therefore should be targets of both conservation and research efforts.

Raptor orders generally conformed to the pattern of correlation between the proportions of orders that are threatened and declining. We expected this correlation between threatened and declining proportions because severe population declines are one of the criteria that warrant threatened status (IUCN Standards and Petitions Subcommittee, 2017). However, species can be declining gradually such that they do not warrant threatened status, and other criteria such as small or isolated populations can result in a threatened listing. Exceptions to this pattern therefore especially deserve mention. For example, Leptosomiformes (Cuckoo Roller) and Opisthocomiformes (Hoatzin) are single-species orders where the representative species are non-threatened yet declining. Similarly, Piciformes (woodpeckers and allies) was the only order to be statistically lower than average in proportion of threatened species (also see Bennett and Owens, 1997), yet statistically higher than average in proportion of declining species. Therefore, the relatively non-threatened status of Piciformes might not continue if population declines persist into the future.

Unsurprisingly, most orders were statistically average, and some were proportionally more secure. Particularly, the two most speciose orders of birds – Passeriformes (perching birds) and Caprimulgiformes (hummingbirds, nightjars, and allies) – have lower-than-average proportions of threatened and declining species. The only raptor order with any proportion that was statistically less than average was Cariamiformes (seriemas), which consists of two species that are both non-threatened with stable populations. Falconiformes (falcons and caracaras) and Cathartiformes (New World vultures) are raptor orders that had statistically average proportions of threatened and declining species, indicating that these orders are generally equal with most others regarding conservation need.

We analyzed Class Aves mostly at the order level, while particularly examining the evolutionary grade that constitutes raptors (Jarvis et al., 2014; Iriarte et al., 2019; McClure et al., 2019). Other polyphyletic groups of birds have received recent concern. For example, 15% of non-excavating tree-cavity nesting birds are threatened with extinction (van der Hoek et al., 2017). Croxall et al. (2012) reported that 28% of seabirds are threatened. Our results support Croxall et al. (2012) with the two orders that constitute almost half of all seabirds – Sphenisciformes (penguins) and Procellariiformes (albatrosses and petrels) – having higher-than-average proportions of threatened species.

Our analysis is a framework for discussion of the relative conservation status of bird orders, especially raptors, but caution is needed when using these results to guide conservation action. Because we considered birds with unknown population trends to be non-declining, and many species of birds are poorly monitored, our results should be viewed as conservative with a possible bias against orders with a large percentage of poorly studied species. Indeed, it is possible, perhaps likely, that many of the species with unknown population trends are in decline. Further, similar to the binomial tests performed by Bennett and Owens (1997), our binomial model is sensitive to the number of species in an order such that larger numbers of species increase the likelihood of an order’s proportion being different from the Class-wide proportion. Put differently, our model has low power to detect differences when the number of species in an order is small. So, the Cuckoo Roller and Hoatzin orders are not significantly different from the class-wide proportions of declining species, even though 100% of those orders (i.e., the single species) are declining. Further, even though there were several orders with below-average proportions of threatened or declining species, individual threatened or declining species within them still deserve conservation action. For example, the critically endangered California Condor (Gymnogyps californianus) should be actively managed despite the rest of Cathartiformes being non-threatened. And, even though Passeriformes contained relatively few threatened and declining species by proportion, it contained the largest absolute count of these species – such that most declining species and a plurality of threatened species are passerines.

Birds serve well as indicators of biodiversity because they are sensitive to environmental change, widespread, diverse, and relatively easy to monitor (Gregory and van Strien, 2010). As top predators, raptors especially reflect the health of ecosystems (Sergio et al., 2005, 2006). Indeed, as populations of scavengers such as Old World vultures are lost, human health might suffer (Markandya et al., 2008). The proportions of threatened and declining species that we report therefore likely reflect underlying problems with ecosystem function. As the Anthropocene continues, conservation action to protect birds and their ecosystems must be made a top international priority.
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Birds are high profile elements of the vertebrate biota in almost all terrestrial ecosystems worldwide. Many studies have uncovered evidence of a decline in bird biodiversity, but temporal patterns of change vary among ecosystems and among bird species with different life history traits. Ecosystem-specific, long-term studies are critical for identifying patterns of temporal change in bird biodiversity and the drivers of that change. Here we present a case study of drivers of temporal change in the bird fauna of the Mountain Ash and Alpine Ash eucalypt forests of south-eastern Australia. Using insights from observational studies and experiments conducted over the past 18 years, we discuss the direct and interactive effects of fire and logging on birds. The extent and severity of wildfires have major negative effects on almost all bird species, and have persisted for more than a decade after the last major conflagration (in 2009). Logging has markedly different effects on birds than those quantified for fire, and may have resulted in elevated levels of site occupancy in remaining uncut areas in the landscape. Both fire and logging have led to marked losses in the extent of old growth forest in Mountain Ash and Alpine Ash ecosystems. This is a concern given the strong association of most species of birds with old forest relative to younger age cohorts. Based on an understanding of the effects of fire and logging as drivers of change, we propose a series of inter-related management actions designed to enhance the conservation of avifauna in Mountain Ash and Alpine Ash ecosystems. A particular focus of management must be on increasing the interval between fires and limiting the spatial extent of wildfires and, in turn, significantly expanding the extent of old growth forest. This is because old growth forest is where most bird species are most likely to occur, and in the event of future wildfires, where fire severity will be lowest. Expansion of the old growth estate will require commercial logging operations to be excluded from large parts of Mountain Ash and Alpine Ash forests.

Keywords: mountain ash forest, logging, fire, landscape change, interacting drivers, old growth forest, birds (Australian terrestrial), Mountain Ash Eucalyptus regnans


INTRODUCTION

Birds are a high profile component of almost all terrestrial ecosystems worldwide (Gill, 1995). Numerous studies have highlighted the extent to which avifauna are declining in many parts of the world [Sanderson et al., 2006; Ceballos et al., 2017; Intergovernmental Science-policy Platform on Biodiversity and Ecosystem Services (IPBES), 2019]. However, patterns of temporal change are not consistent across regions, nor between groups of birds [e.g., large vs. small-bodied species, common vs. rare species (Inger et al., 2014; Lindenmayer et al., 2018c)]. Detailed long-term ecosystem-level studies are therefore essential for quantifying patterns of temporal change in populations of birds and identifying the drivers of those changes. Indeed, such an approach is critical for developing informed conservation programs that are both ecologically effective and cost effective (Sodhi and Ehrlich, 2010; Wintle et al., 2019; Lindenmayer et al., 2020a).

Here we provide a general synthesis of the change in avifauna over the past 18 years in the iconic wet eucalypt Mountain Ash (Eucalyptus regnans) and Alpine Ash (Eucalyptus delegatensis) forest ecosystems in mainland south-eastern Australia. A particular focus of this article is on temporal responses of birds to the drivers of change in these ecosystems, especially high-severity wildfire, clearcut logging, and their interaction. Climate change is also emerging as both a direct and indirect driver of change in the bird fauna of Mountain Ash and Alpine Ash forest ecosystems, especially through its impacts on altered fire regimes (sensu Keeley, 2009; Boer et al., 2020). Given the challenges facing the conservation of bird biodiversity in these ecosystems, the final part of this paper is dedicated to a discussion of management policies and strategies that should be implemented to enhance the protection of the avifauna in Mountain Ash and Alpine Ash forests.



STUDY AREA AND BACKGROUND DATASETS

This case study is focused on the Mountain Ash and Alpine Ash forests of the Central Highlands of Victoria, south-eastern Australia (Figure 1A). Mountain Ash forests are dominated by Mountain Ash (Eucalyptus regnans) trees, the tallest flowering plants on earth, which can exceed 90 m in height (Ashton, 1981b). Alpine Ash (Eucalyptus delegatensis) forests are also spectacular with trees approaching 50–60 m in height (Boland et al., 2006). These forests support a diverse understorey consisting of midstorey Acacia species, broad leaved shrubs including Olearia agrophylla, Bedfordia arborescens, tree-ferns, and a mesic ground layer rich in fern and herb species (Blair et al., 2016; Bowd et al., 2018;Bowd et al., in press).


[image: Figure 1]
FIGURE 1. (A) The location of the montane ash (Mountain Ash and Alpine Ash) forests in the Central Highlands of Victoria where a series of long-term studies of birds have been conducted over the past 18 years. (B) The extent of disturbance from wildfire and logging in the Central Highlands of Victoria.


Mountain Ash and Alpine Ash ecosystems support a wide range of bird species (Loyn, 1985) that comprise many functional groups from large nocturnal predators to small diurnal leaf-gleaning species. We have recorded a total of 79 species of birds in repeated field surveys since 2004. The bird assemblages in Mountain Ash and Alpine Ash forests include a number of taxa of conservation concern (Taylor and Lindenmayer, 2019). For example, they are strongholds for species such as the Eastern Yellow Robin (Eopsaltria australis), Flame Robin (Petroica phoenicea), and Crested Shrike-tit (Falcunculus frontatus) which are declining markedly elsewhere in their respective distributions (Montague-Drake et al., 2009; Lindenmayer et al., 2018c). These forests are also important for species such as the Sooty Owl (Tyto tenebricosa) and Masked Owl (Tyto novaehollandiae) which are of conservation concern throughout much of their range in eastern Australia (Debus et al., 2009).

Mountain Ash and Alpine Ash ecosystems sometimes support areas of cool temperate rainforest within, or adjacent to them (Lindenmayer et al., 2000b). However, there are few differences in bird assemblages between ash-type forests and cool temperate rainforest (Lindenmayer et al., 2010) and we do not consider the avifauna of rainforest further in the remainder of this paper.

Fire is the primary form of natural disturbance in Mountain Ash and Alpine Ash forests (Figure 1B). These obligate seeder eucalypts are typically killed by fire, although they require fire to stimulate natural regeneration from canopy stored seed (Smith et al., 2016). While these ecosystems have coevolved with fire, they are vulnerable to decline under short fire return intervals (<every 30 years) that prevent tree species from maturing to an age where they produce viable numbers of seeds (Ashton, 1981a; Bowman et al., 2014; Enright et al., 2015). The natural fire regime in Mountain Ash and Alpine Ash forests is high-intensity and high-severity stand-replacing wildfire that occurs every 75–150 years (McCarthy et al., 1999) (Figure 2A). However, there appears to have been an increase in the frequency of fires (and a reduction in the interval between fires) in the past century (Lindenmayer and Taylor, 2020; Cary et al., in press) with major conflagrations in 1926, 1932, 1939, 1983, and 2009. There have also been less extensive wildfires in 1908, 1918–1919, 1948, and 2019.


[image: Figure 2]
FIGURE 2. Key forms of disturbance in Mountain Ash and Alpine Ash forests: (A) Wildfire. (B) Clearcut logging. (C) Post-fire salvage logging (Photos by David Lindenmayer).


Clearcut logging is the primary form of human disturbance in Mountain Ash and Alpine Ash forests (Figures 1B, 2B) and extensive areas of forest have been harvested in the past 50 years (Taylor and Lindenmayer, 2020). Under such operations, all merchantable trees within stands of approximately 15–40 ha in area are cut with the remaining non-merchantable trees and understorey vegetation then left to dry before being burnt in a high-intensity fire lit to promote the regeneration of a new stand (Flint and Fagg, 2007). In more recent times, there have been attempts to reduce the environmental impacts of logging operations by moving to alternative forms of harvesting to clearcutting, such as by using variable retention harvest systems (sensu Fedrowitz et al., 2014). Under such silvicultural systems, parts of the original stand are retained during logging operations (Lindenmayer et al., 2019a). However, they have remained high-intensity logging operations and continue to resemble conventional clearcuts (see Figure 3).


[image: Figure 3]
FIGURE 3. Logged area subject to variable retention harvesting in Alpine Ash in the Central Highlands of Victoria (Photo by Chris Taylor).


A second form of logging in Mountain Ash and Alpine Ash forests is post-fire “salvage” logging (Noble, 1977; Lindenmayer and Ough, 2006) (Figure 2C). The harvest method for salvage logging is similar to that of clearcutting, except that the sequence of “treatments” is reversed. That is, following a wildfire, all potentially merchantable burnt trees are removed. Sometimes a second (deliberate) burn is applied to remove logging slash (such as tree heads, lateral branches and disturbed understorey vegetation) and, in turn, promote the regeneration of a new stand of young regrowth trees after salvage logging operations have been completed (Lindenmayer et al., 2018d).



BIRD SURVEYS

Mountain Ash and Alpine Ash forests have been targeted for extensive, repeated surveys of birds on an almost annual basis since 2004. The work on birds has entailed both observational studies and true experiments (sensu Cunningham and Lindenmayer, 2016). Details of these investigations are summarized in Table 1. Results from these respective studies have provided the basis for this synthesis article.


Table 1. Summary of the range of studies of birds conducted in the Mountain Ash and Alpine Ash forests of the Central Highlands of Victoria.

[image: Table 1]

The datasets in the studies outlined in Table 1 have been gathered in broadly the same way, using repeated point interval counts (Pyke and Recher, 1983) along a permanent transect established at a given site. All surveys have been conducted in late November of a given year, which is the time when spring migrants have arrived and are actively calling. Birds are surveyed at least twice by different observers and on different days in an attempt to limit the effects of observer heterogeneity and day effects on datasets (see Cunningham et al., 1999). Broad consistency in bird counting protocols has enabled the integration of datasets to answer particular questions, such as bird responses across a disturbance intensity gradient (Lindenmayer et al., 2018d) and comparisons of bird assemblages between ash-type forests and cool temperate rainforest (Lindenmayer et al., 2010).

Allied with the work on counting birds on long-term sites and experiments, extensive data have also been gathered on the vegetation structure, plant species composition, disturbance history, and stand age at each survey site. Such surveys include measurements of the abundance and condition of large old trees (Lindenmayer et al., 2018a,b) and the abundance and richness of vascular plant species and plant life forms (Blair et al., 2016; Bowd et al., in press). We also have gathered data on spatio-temporal changes in landscape-level forest cover (including the age of the forest) surrounding each site that has resulted from wildfire (at varying levels of severity) and clearcut logging (Lindenmayer et al., 2019b; Taylor and Lindenmayer, 2020). These data have been used to develop sets of covariates for use in analyses of the factors influencing the occurrence of birds (including patterns of temporal change) (e.g., Lindenmayer et al., 2019b). They have also been used to assist in the interpretation of the results of experimental studies (Lindenmayer et al., 2018d).



TEMPORAL PATTERNS OF CHANGE IN SITE OCCUPANCY

Data gathered from repeated surveys over the past ~20 years indicate that 79 bird species inhabit Mountain Ash and Alpine Ash forests. Of these, approximately half are detected sufficiently frequently (>5% of detections from site x year surveys combined over the duration of studies) to enable detailed statistical analyses. Overall, 24 species have exhibited strong evidence of a decline, with temporal patterns for eight example taxa shown in Figure 4. Examples of other species exhibiting temporal declines (in addition to those in Figure 4) include the Superb Lyrebird (Menura novaehollandiae) and the Pied Currawong (Strepera graculina) (Lindenmayer et al., 2019b). One species, the Flame Robin, exhibited a trend for a strong temporal increase over the duration of our studies.


[image: Figure 4]
FIGURE 4. Patterns of temporal change in eight example species of birds in the Mountain Ash forests of the Central Highlands of Victoria. Redrawn from Lindenmayer and Sato (2018) and Lindenmayer et al. (2009). The different measures on the respective axes for the top four vs. bottom four species correspond to differences in the ways data were analyzed in the two different studies.


Many bird species are responding to factors that are changing through time. For example, as outlined in the following section of this article, statistical analyses have revealed complex interactions between the occurrence of bird species, time, and the amount of fire in the landscape (Lindenmayer et al., 2019b). In addition, birds respond to the amount of logging in Mountain Ash and Alpine Ash landscapes (Lindenmayer et al., 2019b), a variable that changes over time with increasing numbers of cutblocks associated with annual harvesting operations. These associations with spatio-temporal disturbance patterns, coupled with data on temporal changes in vegetation and forest age, enable an assessment of the factors influencing temporal changes in bird biodiversity. We present commentary of these drivers in the following section.



DRIVERS OF CHANGE IN THE BIRD FAUNA OF MOUNTAIN ASH AND ALPINE ASH FOREST


Loss of Old Growth Forest

Our analyses of the habitat requirements of birds in Mountain Ash and Alpine Ash forests indicate a strong positive association between the occurrence of most bird species and the presence of old growth forest (Lindenmayer et al., 2019b). That is, almost all bird taxa are more likely to be detected in sites dominated by old growth forest, relative to stands of younger age. Old growth forests appear to be particularly important for small-bodied bird species (Lindenmayer et al., 2019b). Recent studies have documented a significant decline in the amount of old growth Mountain Ash and Alpine Ash forest over the past 25 years (Lindenmayer and Taylor, 2020). Indeed, the extent of old growth Mountain Ash forest is now currently just 1.16% of the ecosystem (Burns et al., 2015). This is 1/30th to 1/60th of what the extent of old growth forests was thought to have been historically (Lindenmayer and McCarthy, 2002). In the case of Alpine Ash forest, 0.47% of the ecosystem is currently old growth, although there are no estimates of historical levels of old growth cover.

As the extent of old growth forest has been declining, populations of key elements of old growth forest such as large old trees have also been in rapid decline (Lindenmayer et al., 2018a). These trees occur both in old growth stands and also as single trees and small clusters of trees embedded within much younger regrowth forest (Lindenmayer et al., 1991). However, rates of loss of such trees are significantly slower in old growth stands than they are in regrowth forest (Lindenmayer et al., 2018a). Losses of individual large old trees are important because they are critical nest sites for a range of species, including iconic birds like the Yellow-tailed Black Cockatoo (Calyptorhynchus funereus) (Nelson and Morris, 1994). Large old living trees also support extensive bark streamers (Lindenmayer et al., 2000a) which can be important foraging substrates for a range of forest birds (Loyn, 1985) such as the Crested Shrike-tit, a species which is declining in many parts of its range (Lindenmayer et al., 2018c), including in Mountain Ash and Alpine Ash forest (see Figure 4). Other forest attributes such as the presence of mistletoe are lost when large old trees are lost from Mountain Ash and Alpine Ash ecosystems. This, in turn, may result in the decline of taxa strongly associated with mistletoe, like the Mistletoebird (Dicaeum hirundinaceum).



Fire

The impacts of wildfire on the bird fauna of Mountain Ash and Alpine Ash forests have been profound. The last major wildfire in the Central Highlands region occurred in 2009, and resulted in depressed levels of bird species richness (Figure 5). Site-level occurrence of the vast majority of species (84%) was negatively associated with the amount of burnt forest in the surrounding landscape (Lindenmayer et al., 2019b). Such declines may be explained by associated habitat losses and limited resources (Whelan, 1995), but also the many individual birds that were likely killed directly by fire (Keith et al., 2002). Just one species, the Flame Robin, has benefitted from the effects of fire and was more likely to occur in landscapes with large amounts of burnt area (Lindenmayer et al., 2019b). Indeed, the Flame Robin is the only early successional specialist that inhabits Mountain Ash and Alpine Ash forests (Lindenmayer et al., 2019b). Notably, 76% of bird species are not exhibiting signs of recovery following the fire in 2009, suggesting that it may require years or even decades for bird biodiversity to return to pre-fire levels. Indeed, data from other obligate seeder vegetation types (Franklin et al., 2002; Gosper et al., 2019a) suggest that a return to pre-fire bird assemblages may take centuries. Nevertheless, some species in Mountain Ash and Alpine Ash forests are responding better to the effects of fire than others. For example, large-bodied birds and migratory taxa are more prevalent in landscapes subject to large amounts of fire relative to species with other life history attributes (Lindenmayer et al., 2019b).


[image: Figure 5]
FIGURE 5. Temporal changes in bird species richness and the amount of fire in 2009 in landscape surrounding long-term field sites in the Mountain Ash and Alpine Ash forests of the Central Highlands of Victoria (modified from Lindenmayer et al., 2019b). The dashed line is for species richness at sites where limited amounts (<5%) of the forest were burnt and the solid line corresponds to sites where ~20% of the landscape surrounding sites was burnt in 2009. The orange vertical line shows the timing of the 2009 wildfires. In many cases, sites surrounded by forest that was burned also were burnt themselves.


An important outcome of studies of fire effects on birds is that current levels of bird species richness are greatest in areas where richness was highest prior to fire (Lindenmayer et al., 2014). We suggest that this effect is occurring because of inherent environmental factors (possibly site productivity) that result in some areas remaining suitable for more bird species, even in the event of major disturbances such as wildfire (Lindenmayer et al., 2014).



Logging

None of our long-term sites have been logged between 2004 and 2019 when surveys were conducted. However, the landscapes surrounding many of our sites have been subject to widespread clearcutting. We have found evidence of relationships between patterns of temporal change for some individual species and the amount of logging in the landscape. Most of these relationships are positive, with birds more likely to be detected in long-term sites with increasing amounts of logging in the surrounding landscape (Lindenmayer et al., 2019b). This is possibly because of a “concentration effect” (sensu Darveau et al., 1995) with animals moving to unlogged areas with increasing amounts of logging in the broader surrounding landscape (Lindenmayer et al., 2019b).

In contrast to work conducted at our long-term sites where timber harvesting is excluded, sites surveyed for birds in the variable retention harvesting experiment and the salvage logging experiment (see Table 1) have been logged. Results from the variable retention harvesting experiment show that logging has negative effects on bird biodiversity (Lindenmayer et al., 2015) (Figure 6). Bird species richness was depressed most markedly in areas subject to clearcutting, relative to unlogged control sites. Clearcutting also significantly altered the composition of bird assemblages with some of the species most negatively affected including the Eastern Spinebill (Acanthorhynchus tenuirostris) and the Gray Fantail (Rhipidura albiscapa) (Lindenmayer et al., 2015). Areas subject to variable retention harvesting supported intermediate levels of bird species richness, relative to clearcutting and unlogged controls (Lindenmayer et al., 2015) (Figure 6). Thus, some of the negative effects of clearcutting can be partially offset by the retention of islands of uncut forest within the boundaries of cutblocks (Lindenmayer et al., 2015).


[image: Figure 6]
FIGURE 6. Plot-level mean bird species richness at unlogged control sites, cutblocks subject to variable retention harvesting, and conventional clearcut blocks (redrawn from Lindenmayer et al., 2015).


Logging has other impacts on forest structure that may, in turn, influence patterns of occurrence of birds. For example, clearcutting results in a major reduction in mesic elements of forests such as tree ferns (Blair et al., 2016) and rainforest trees (Lindenmayer et al., 2000a), with some of these key components of stand structure known to be important in the habitat requirements of bird species such as the Eastern Yellow Robin (Eopsaltria australis) (Lindenmayer et al., 2009) and the Pink Robin (Petroica rodinogaster) (Loyn, 1985; Lindenmayer et al., 2010). Logging also can also reduce soil fertility and moisture (Bowd et al., 2019), potentially affecting species that forage extensively in the leaf litter layer such as the Superb Lyrebird (Maisey et al., 2020). Finally, increased logging in the landscape can elevate rates of loss of large old trees in areas that remain uncut areas (Lindenmayer et al., 1997, 2018b) with potentially negative effects on bird species that require access to these trees for nesting sites, for foraging resources, or both. It is likely that changes in the spatial patterns of forest cover as a result of logging lead to greater wind fetch and windspeeds (see Gratkowski, 1956; Miller, 1981) that promote the collapse of living and dead large old trees in uncut areas within wood production landscapes (Lindenmayer et al., 2018b).



Fire and Logging

Post-fire (salvage) logging has been practiced following major conflagrations in Mountain Ash and Alpine Ash forests since the 1940s (Noble, 1977) including after wildfires in 1939, 1983, and 2009 (Lindenmayer et al., 2018d). An experimental study has found more pronounced impacts of salvage logging on bird species than those from conventional (green forest) clearcutting (Lindenmayer et al., 2018d). For example, bird species richness is more severely depressed in areas subject to post-fire salvage logging than in areas subject to wildfire or clearcutting. The impacts of salvage logging on birds can be mitigated to a limited extent by the retention of islands of burnt forest within the perimeter of cutblocks (Lindenmayer et al., 2018d). Nevertheless, negative impacts are more pronounced in salvage logged areas, relative to those of other disturbances in Mountain Ash and Alpine Ash forests, especially wildfire (Lindenmayer et al., 2018d).



Interactions Among Drivers

Salvage logging is an interaction chain (sensu Foster et al., 2016) between fire and subsequent logging that can effect bird biodiversity. However, there are other important interactions between the key drivers of decline in Mountain Ash and Alpine Ash forests. For example, areas that are logged and then regenerated are at elevated risk of burning at higher severity in the event of a subsequent fire (Taylor et al., 2014, 2020). Increased fire severity matters for birds. This is because of established relationships between severity and bird responses (Lindenmayer et al., 2014). High severity fire also results in the rapid loss of large old trees (Lindenmayer et al., 2012), which as outlined above, are important components of habitat for a range of bird species. High severity fire retards the recruitment of new cohorts of old growth, which is detrimental to bird populations given the importance of such age classes of forest for bird biodiversity in Mountain Ash and Alpine Ash forests (Lindenmayer et al., 2019b).

Other stand-age fire severity relationships may have implications for birds. For example, forests that are young when they are burned have fewer biological legacies (sensu Franklin et al., 2000) such as large old trees, relative to when old growth stands are burned (Lindenmayer et al., 2019c). In addition, the regeneration of mesic understorey elements [where birds often nest (Beruldsen, 2003)] can be impaired when young vs. old forests are burned (Bowd et al., in press).




GENERAL DISCUSSION

Based on a brief synthesis of key outcomes from several empirical studies over almost two decades, we have presented a case study of the responses of bird fauna to key drivers of change in the Mountain Ash and Alpine Ash forest ecosystems in mainland south-eastern Australia. The work has highlighted the impacts of wildfire, logging, and the interactions between these drivers (e.g., post-fire salvage logging) on bird biodiversity. Such drivers of change are seen in numerous forests globally (Hutto et al., 2016; Sommerfeld et al., 2018) and it is possible that the kinds of responses described in this article may be replicated (at least in part) in some of these ecosystems. The paucity of early successional specialists in Mountain Ash and Alpine Ash forests is consistent with some other obligate seeder vegetation types where such types of species are rare (Gosper et al., 2019b). However, it is in marked contrast to yet other forest types globally where high-intensity and high-severity stand-replacing disturbances are a part of natural fire regimes and early successional species can be prevalent (Burton et al., 2003; Swanson et al., 2011; Hutto et al., 2016).

The empirical studies to date in Mountain Ash and Alpine Ash forests suggest that temporal changes in birds are strongly influenced, not only by the direct effects of key drivers such as fire and logging which can kill animals or trigger concentration effects in undisturbed areas, but also interactions among disturbances which can have compounding effects. These include: (a) wildfire reducing the amount of old growth forest (Lindenmayer and Taylor, 2020), (b) wildfire triggering salvage logging, (c) wildfire and logging driving losses in key biological legacies such as large old trees (Lindenmayer et al., 2012, 2018b), and (d) logging resulting in subsequently elevated fire severity (Taylor et al., 2014). These direct and interacting effects of drivers of change are summarized in Figure 7. An understanding of such relationships, in turn, highlights. Some of the strategies that might be employed to best tackle drivers of change as part of efforts to better conserve forests and the avifauna that it supports (see Table 2).


[image: Figure 7]
FIGURE 7. Direct and interacting drivers of temporal change in bird fauna in Mountain Ash and Alpine Ash forests in south-eastern mainland Australia.



Table 2. Summary of possible management actions to promote the conservation of birds in the Mountain Ash and Alpine Ash forests of the Central Highlands of Victoria.

[image: Table 2]


Strategies for Mitigating the Drivers of Temporal Change in Birds

Fire is a key driver of change in Mountain Ash and Alpine Ash ecosystems. Extensive fires have had direct effects on birds [presumably by killing them (Keith et al., 2002; Shine, 2020)], but also indirectly by reducing areas of old growth forest (Lindenmayer and Taylor, 2020), elevating the rate of decline of large old trees (Lindenmayer et al., 2012), and altering the structure and composition of the understorey (Blair et al., 2016; Bowd et al., 2018) (Figure 7). Reducing the extent of wildfire in Australian forests, including those dominated by Mountain Ash and Alpine Ash, is a major challenge. This is, in part, because extreme wildfire is driven by climate and weather (Boer et al., 2020; Jones et al., 2020) and addressing the effects of climate change will require global action. Practices like hazard reduction burning are not a management option to reduce the severity of wildfire in Mountain Ash and Alpine Ash ecosystems. This is because, as obligate-seeding species, Mountain Ash and Alpine Ash are typically killed by fire which would not satisfy the objective of using prescribed fire to reduce fire severity. Indeed, relative to old growth forests, young regrowth stands are highly flammable and at risk of elevated fire severity (Taylor et al., 2014; Zylstra, 2018). Moreover, the environments occupied by Mountain Ash and Alpine Ash are either too wet to enable low-severity burns to be applied or when fires are actually ignited then such forests are at risk of suffering high severity crown burns. In addition, repeated fires at short intervals can eliminate Mountain Ash and Alpine Ash ecosystems altogether (Bowman et al., 2014; Enright et al., 2015). This is because trees fail to reach maturity before they are killed, leading to them being replaced by other ecosystems such as those dominated by Acacia woodland (Lindenmayer et al., 2011). However, there may be a role for hazard reduction burning in drier forest types to occur in areas adjacent to Mountain Ash and Alpine Ash ecosystems, although recurrent fire in these environments can trigger resprout failure (Fairman et al., 2019) and hence elevated tree death. There are also risks associated with a loss of control of prescribed burning operations and them becoming wildfires.

Efforts to reduce the risks of fire in Mountain Ash and Alpine Ash ecosystems will require expanding the currently very limited areas of old growth forest (as this is where fire severity is lowest) (Lindenmayer and Taylor, 2020). This will take considerable time as old growth stands require a prolonged period to develop the key attributes that define them (Lindenmayer et al., 2000a)—in the order of 40–100 years at least. Notably, old growth stands are currently not subject to logging in Victoria, although relatively recent changes in definitions of old growth have made it harder for areas of advanced growth forest to actually be classified as old growth. This is because the age criterion for old growth has been lifted from 120 to 250 years old (Lindenmayer and Taylor, 2020). Given the current scarcity of old growth Mountain Ash and Alpine Ash, coupled with its critical importance for the vast majority of bird species (Lindenmayer et al., 2019b), we strongly suggest that the Victoria Government must revert to the previous definition of old growth (of any stands >120 years old) and ensure that they remain unlogged. An advantage of growing more old growth forest is that fire severity is lowest in these forests (Taylor et al., 2014, 2020) and hence this may reduce the risk of widespread wildfires in the landscape (Lindenmayer et al., 2011). The reasons why fire severity is reduced in old growth forest remain unclear. However, they may be related to: (1) the greater abundance of mesic elements such as rainforest trees and tree ferns in older forests (Lindenmayer et al., 2000a) (Blair et al., 2016), (2) high levels of soil moisture in long undisturbed forests (Bowd et al., 2019), and (3) reduced ladder fuels (that characterize flammable young regenerating forests) (Zylstra et al., 2016). Notably, other forest types around the world, including those dominated by obligate seeding species and where wildfires are typically stand replacing events, are characterized by lower levels of flammability in old growth stands (e.g., Zald and Dunn, 2017; Tiribelli et al., 2018).

Beyond greater protection of stands of old growth forest, there also will be a need to protect some areas of younger forest that have the potential of growing through to become old growth (in the absence of further disturbance). For example, the oldest forests in the Central Highlands region (other than the limited areas of old growth forest), are stands that regenerated following wildfires in 1939. These 80+ year stands are the next nearest old growth and we argue that they should be exempt from logging as part of an old growth restoration strategy in Mountain Ash and Alpine Ash forests. Notably, population viability analyses have suggested that greater levels of protection to eventually expand the extent of the old growth estate will be critical for the long-term conservation of birds of conservation concern such as the Sooty Owl in the Central Highlands region (Taylor et al., 2017).

In the event of future fires, we suggest that the forest policies that result in salvage logging should be abandoned. This is because of the highly detrimental impacts that these forestry operations have on bird biodiversity both directly, and indirectly through impacts on other forest elements including the composition and structure of vegetation communities (Blair et al., 2016; Lindenmayer et al., 2018d). Areas of old growth forest that have been burnt should be a particular target for conservation (and hence the exclusion of salvage logging). This is because the key biological legacies in such areas (like large old fire-scarred trees and dead trees) can be critical habitat elements for post-fire biotic recovery (Lindenmayer et al., 2019c). This may be one of the reasons explaining why sites with high values for birds prior to wildfires remain relatively species rich for birds after fire in Mountain Ash and Alpine Ash forests (Lindenmayer et al., 2014). Therefore, areas of burnt forest should not automatically be placed into areas available for logging under planned harvesting schedules.

Given that old growth Mountain Ash and Alpine Ash forests are rare, and it will take a prolonged period to recruit new cohorts of such age classes, remaining large old trees in regrowth forests are likely to be important for some elements of bird biodiversity. However, they are at risk of collapse when surrounding areas are logged (Lindenmayer et al., 2016, 2018b). On this basis, we suggest a key management strategy should be to promote the protection of these individual large old trees with buffers of unlogged forest to reduce their susceptibility to edge effects such as windthrow.



Caveats and Limitations

The collective set of studies in Mountain Ash and Alpine Ash has focused largely on birds for which sufficient data can be gathered from standardized, routine, repeated surveys to facilitate subsequent statistical analyses. However, some key species of conservation concern like large forest owls (e.g., the Sooty Owl) are not detected by conventional diurnal counting protocols; fit-for-purpose studies are needed to understand both temporal changes in populations and the drivers underpinning those changes (e.g., Milledge et al., 1991). We do note that species such as the Sooty Owl and other large forest owls such as the Masked Owl are sometimes detected in night-time counts of arboreal marsupials and annual records of them are now far less prevalent than 20 years ago (Lindenmayer et al. unpublished data). This is possibly as a result of the steep decline in prey items such as possums and gliders in Mountain Ash and Alpine Ash forests during this time (Lindenmayer et al., 2020b).

The focus of this paper has been on key drivers of change in Mountain Ash and Alpine Ash forests and their implications for bird biodiversity. One major driver that has not been explicitly considered to date is climate change. The direct impacts on birds resulting from likely reduced rainfall and increased temperatures that are likely to manifest in the Central Highlands region have, to date, not been modeled. However, the impacts are likely to be substantial. For example, elevated temperatures and marked rainfall deficits preceding the 2009 wildfires appeared to contribute to widespread death of large old trees in the Central Highlands region (Lindenmayer et al., 2012). Climate and weather are critical drivers of fire regimes in south-eastern Australia (Bradstock, 2010) and climate change has a high likelihood of resulting in more frequent, more extensive, and more severe wildfires in Mountain Ash and Alpine Ash forests (Cary et al., 2012). This will, in turn, drive further losses of old growth forest (Lindenmayer and Taylor, 2020), increase the rate of decline in populations of large old trees (Lindenmayer et al., 2012) (see Figure 7), and alter the suitability of sites and landscapes for birds (Lindenmayer et al., 2019b). Additional fires may also trigger further salvage logging, with corresponding negative impacts on birds (Lindenmayer et al., 2018d). A major current knowledge gap is the extent to which climate change and weather influence the ability of bird assemblages to recover following wildfire and this area of work will be a focus for future research.
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Larval aquatic insects are used to assess water quality, but less attention is paid to their adult, terrestrial life stage, which is an important food resource for declining aerial insectivorous birds. We used open-access water-quality, aquatic-invertebrate, and bird-survey data to study how impaired water quality can emanate from streams and lakes through changes in aquatic insect communities across the contiguous United States. Emergent insect relative abundance was highest across the West, in northern New England, and the Carolinas in streams, and highest near the Great Lakes, parts of the Southwest, and northern New England for lakes. Emergent insects declined with sedimentation, roads, and elevated ammonium concentrations in streams, but not lakes. The odds that a given taxon would be non-emergent increased by up to 2.0× as a function of pollution tolerance, underscoring the sensitivity of emergent aquatic insects to water-quality impairment. However, relationships between bird populations and emergent insects were generally weak for both streams and lakes. For streams, we observed the strongest positive relationships for a mixture of upland and riparian aerial insectivorous birds such as Western Wood-Pewee, Olive-sided Flycatcher, and Acadian Flycatcher and the strongest negative association for Purple Martin. Different avian insectivores responded to emergent insect abundances in lakes (e.g., Barn Swallow, Chimney Swift, Eastern Wood-Pewee, Common Nighthawk). In both streams and lakes, we observed stronger, but opposing, relationships between several aerial insectivores and the relative abundance of sensitive insect orders (E)phemeroptera, (P)lecoptera, and (T)richoptera (positive), and pollution tolerant individuals (negative). Overall, our findings indicate that emergent insects are negatively correlated with pollution tolerance, suggesting a large-scale loss of this nutritional subsidy to terrestrial environments from impaired aquatic ecosystems. While some bird populations tracked scarcities of emergent aquatic insects, especially EPT taxa, responses varied among species, suggesting that unique habitat and foraging behaviors likely complicated these relationships. Strengthening spatial and temporal concordance between emergent-insect and bird-survey data will improve our ability to interpret species-level responses over time. Thus, our analysis highlights the need for developing conservation and biomonitoring strategies that consider the cross-ecosystem effects of water quality declines for threatened insectivorous avifauna and other terrestrial wildlife.
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INTRODUCTION

The health of aquatic ecosystems is strongly influenced by their surrounding landscape—a foundational idea for our current understanding of streams and lakes that is often applied to the conservation and management of these ecosystems in the United States (e.g., Hynes, 1975; Wohl, 2017; Sullivan et al., 2019). The influences that act at the scale of entire watersheds are important for explaining patterns of the physical and chemical characteristics that set the template for biological interactions that occur within lakes and streams (King et al., 2005). Widespread human activities within watersheds, such as urbanization and industrial-scale agriculture, are associated with a suite of undesirable effects in receiving waters, such as increased point and non-point source pollution, altered hydrology, and ultimately, reduced aquatic biodiversity (Wenger et al., 2009; Dubrovsky et al., 2010; Brown and Froemke, 2012).

Indeed, recent biological assessments of wadeable streams and lakes conducted by the US Environmental Protection Agency (EPA; National Aquatic Resource Surveys) suggest that 46% of streams surveyed were in “poor” condition (US EPA, 2016), and 57% of lakes surveyed were considered “moderately” to “most” disturbed (US EPA, 2017). These condition assessments were based on well established, multimetric indices of benthic macroinvertebrates living within the stream or in the littoral (near-shore) zone of lakes; such indices are widely recognized for their utility as integrative measures of detrimental human activities that affect the health of receiving waters in the land-to-water direction. Yet, the reciprocal, water-to-land effects of poor water quality on adjacent terrestrial (riparian) habitats has only recently begun to gain traction as an important conservation paradigm that recognizes how aquatic-to-terrestrial ecological linkages are critical for the functioning of both aquatic and adjacent riparian systems (Walters et al., 2008; Kraus et al., 2014; Sullivan and Manning, 2019).

Aerial insectivorous birds—including swallows, swifts, nightjars, and flycatchers—may be especially susceptible to the effects of poor water quality that prompt reduced or altered abundances of biphasic emergent insects. This guild of birds is experiencing widespread population declines (reviewed in Nebel et al., 2010; Sauer et al., 2017a), but identifying the mechanisms underpinning these declines remains a difficult task. Numerous explanations for aerial insectivore declines have been proposed, including nesting and over-wintering habitat loss, airborne pollutants, widespread pesticide use associated with insect-population collapse, climatic shifts, and land-use change (Hallmann et al., 2014, 2017; Sullivan et al., 2021); many of these causes are likely to be acting in concert (Spiller and Dettmers, 2019). Whereas the precise causes for declines in several aerial insectivorous birds remain unknown, a shared reliance on flying insects and population declines across species within the foraging guild implicates decreasing or fluctuating insect food quantity or quality (Paquette et al., 2013; Twining et al., 2018; Schilke et al., 2020; but see Imlay et al., 2017). Although aerial insectivores feed on a combination of terrestrial and aquatic insects, many species exhibit a nutritional reliance on subsidies of aquatic emergent insect prey (Gray, 1993; Iwata et al., 2003). Emergent insects may also confer a substantial energetic benefit over terrestrial insects (Twining et al., 2018, 2019), and aerial insectivores may time breeding to coincide with pulses of emergent insects (Twining et al., 2018). Thus, considering relationships between aerial insectivore ecology and emergent-insect subsidies could be a critical component of insectivorous bird conservation strategies.

Insect facilitated aquatic-to-terrestrial subsidies have been investigated in both streams (Baxter et al., 2005; Kautza and Sullivan, 2015) and lakes (Gratton et al., 2008; Gratton and Vander Zanden, 2009). Although benthic invertebrates in streams are generally more productive than in lakes, flux estimates are on the order of 2.5× greater for lakes than for streams because stream width is smaller on average than lake radius (Gratton and Vander Zanden, 2009). Nonetheless, both lakes and streams are important for aerial insectivorous birds given variable life-history and foraging strategies across the guild (e.g., Dreelin et al., 2018). For instance, riparian swallows such as Tree Swallows (Tachycineta bicolor) typically prefer to forage over open water habitats of lakes or rivers vs. smaller, canopied streams (Alberts et al., 2013).

Physical and chemical water quality and its landscape-scale drivers may be predictive of the relationship between aerial insectivores and emergent-insect subsidies. Larval macroinvertebrates are widely used to assess and monitor aquatic ecosystem integrity (e.g., Hill et al., 2017), which can be impaired by human perturbations such as land-use change (Sterling et al., 2016). Changes in land use commonly lead to altered hydrology, increased sediment and contaminant loads, and loss of biological integrity (Allan, 2004; Walsh et al., 2005). Benthic macroinvertebrate taxa with flying adult stages can be especially sensitive to stressors associated with human activities including sedimentation, heavy-metal pollution, and increased salinity (Greig et al., 2012; Kraus et al., 2014; Schröder et al., 2015), potentially disrupting aquatic-to-terrestrial trophic linkages (Greenwood and Booker, 2016). However, our understanding of the ways in which human-induced stressors can affect aquatic subsidies—and the consequences of alterations in these subsidies to avifauna and other terrestrial wildlife—remain in the initial stages (Kautza and Sullivan, 2015; Greenwood and Booker, 2016). Likewise, the combined effects of multiple stressors and their relationships to important functional emergent-insect traits (e.g., pollution sensitivity) that mediate cross-boundary fluxes of energy and nutrients are unresolved.

Benthic invertebrates are widely used to develop multimetric indicators of water quality because these organisms are relatively long-lived, immobile, and display varying responses to the suite of stressors that can impair water quality; thus, aquatic invertebrates integrate physical and chemical stressors within streams, lakes, and rivers (Poff et al., 2006; Qian et al., 2012; Hill et al., 2017). Certain life-history characteristics may make these taxa more or less susceptible to poor water quality (Yuan, 2004) with the underlying assumption that specific traits of benthic invertebrates confer reduced survival or reproductive ability in response to environmental stressors. Key traits include the number of development stages [i.e., 3–4 life stages (hemi- vs. holometabolous)], breathing apparati, trophic relationships, armoring, and others. Among benthic invertebrates, several taxa that emerge as adults tend to have specialized habitat requirements (e.g., larger cobbles and/or fast moving, turbulent water), delicate wingpads and gills, and prolonged pupation (Merritt et al., 2008). Together, these traits suggest that emergent insect taxa could be more susceptible to environmental stressors associated with impaired water quality (Greenwood and Booker, 2016).

In this analysis, we test the hypothesis that conservation paradigms would benefit from considering the reciprocal cross-boundary relationships among watershed land use, water quality, and the abundance of aquatic insects with an emergent adult stage that are important for aerial insectivorous birds and potentially other terrestrial wildlife populations. First, we predicted that impaired water quality, integrating multiple stressors of the surrounding landscape, would disproportionately affect emergent insects (Greenwood and Booker, 2016). In turn, we predicted that variability in the distribution and relative abundance of emergent insects (Paquette et al., 2013; Carlson et al., 2016) would track variability in the abundance of aerial insectivorous birds, especially for riparian obligate species. We also expected that aerial insectivores would respond more to insects emerging from lakes vs. streams owing to greater biomass of fluxes from open-water habitats.

To test these predictions, we used publicly available benthic invertebrate data sets that also contained corresponding watershed-scale predictors and stressor variables. We then linked patterns of physical and chemical water quality and benthic invertebrate communities to aerial insectivorous birds using the U.S. Geological Survey Breeding Bird Survey data set (as synthesized by Smith et al., 2015 and Sauer et al., 2017b). We focused on 21 aerial insectivorous bird species with previously documented annual population abundance estimates (e.g., Smith et al., 2015). To establish points of reference, we also compared aerial insectivore patterns with two granivorous and two gleaner/bark-probing (i.e., primarily consume non-flying terrestrial insects) species with the expectation that these species would not reflect changes in water quality and emergent insects.



MATERIALS AND METHODS


Benthic Macroinvertebrates

We accessed publicly available benthic macroinvertebrate data from the contiguous United States collected by the US EPA as part of the National Aquatic Resource Surveys Wadeable Streams Assessment conducted in 2000–2004 (US EPA, 2006), which included data from 1,325 sites within 18 hydrologic units (HUC4). Benthic macroinvertebrates were sampled semi-quantitatively within 11, 0.09-m2 locations at each stream site using standard sampling equipment such as 500-μm D-frame nets. Sub-samples (up to 300 individuals) of macroinvertebrates from each sample were enumerated and identified to the lowest possible taxonomic unit (typically genus; US EPA, 2006).

We assigned aquatic macroinvertebrate taxa to emergence/non-emergence groups based on family-level categorizations (see Supplementary Material for full list of families). All emergent taxa were from the Class Insecta; non-emergent families included non-insects (e.g., orders Gastropoda and Amphipoda), and some Hemipterans and Coleopterans (e.g., true bugs of the family Gerridae). We calculated the relative abundance of emergent insects and non-emergent insects, and examined relative abundance of the sensitive insect orders Ephemeroptera, Plecoptera, and Trichoptera; (EPA variable name = “EPT_PIND”), and the relative abundance of pollution tolerant insect taxa [as defined by the EPA in the data sets; variable name = “TOLRPIND” or the percentage of individuals in the sample classified as tolerant to poor water quality (US EPA, 2006)]. We averaged these response variables by state to coincide with available spatial information in the Breeding Bird Survey data (see section “Aerial Insectivorous Birds”).

We also accessed benthic macroinvertebrate data collected as part of the National Lakes Assessment (NLA; US EPA, 2010). Briefly, we gathered available benthic macroinvertebrate community, basin, and water chemistry data from 1,210 lake sites across the contiguous United States surveyed in 2007. Benthic macroinvertebrates were sampled from 1 linear meter within the dominant habitat of the littoral zone of each lake using 500-μm D-frame nets (US EPA, 2007). We assigned lake macroinvertebrate taxa to emergence/non-emergence groups based on the same family-level categorizations we used with stream macroinvertebrates. We calculated the relative abundance of emergent and non-emergent insects, and examined reported relative abundances of the sensitive insect orders (EPT), and the relative abundances of pollution tolerant insect taxa (as defined by the EPA). We also averaged these response variables by state to coincide with available spatial information in the Breeding Bird Survey data (see section “Aerial Insectivorous Birds”). All data, metadata, and details about methods for EPA stream and lake macroinvertebrate sampling efforts can be found here: https://www.epa.gov/national-aquatic-resource-surveys/data-national-aquatic-resource-surveys.



Water Quality and Land Use

As part of the stream benthic macroinvertebrate sampling, site characteristics were recorded, and several physical and chemical water-quality metrics were measured. Land use was estimated from the National Land Cover Dataset according to EPA methods (US EPA, 2006). We assigned watershed-level impervious surface cover data to EPA site locations using the StreamCat dataset (Hill et al., 2016). Basin and water chemistry data included in the NLA (lake) datasets were different than for the Wadeable Streams Assessment (e.g., variables not applicable to streams are included—pelagic chlorophyll a, Secchi depth), but also included similar variables (e.g., % basin agriculture, total phosphorus concentrations). Several of these variables were highly skewed; we log-transformed variables as appropriate according to visual inspection of normal quantile-quantile (Q-Q) plots (provided in the Supplementary Material). As with invertebrate response variables, we averaged water quality and watershed metrics by state to coincide with aerial insectivorous bird data.



Aerial Insectivorous Birds

We used published data sets of modeled annual indices of abundance for aerial insectivorous bird species from Sauer et al. (2017b) (see Supplementary Material for a full list of the species considered in this analysis) that were analyzed from data collected as part of the US Geological Survey Breeding Bird Survey program1. Modeled annual indices were based on hierarchical models as described by Sauer et al. (2017b), and defined in Sauer and Link (2011). The annual indices of abundance can be interpreted as an indicator of the number of birds per survey route in a given region during a given year. We note that they are non-integers and are not zero inflated, thus Poisson or negative binomial models that are typically used for count data were not applicable in this context. We analyzed annual indices of abundance for 21 aerial insectivore species (see Supplementary Table 2) and a set of four non-aerial insectivore species as points of reference: two granivorous bird species [American Goldfinch (Spinus tristis); Mourning Dove (Zenaida macroura)] and two gleaner/bark-probing species [i.e., more likely to consume terrestrial insects; Gray Catbird (Dumetella carolinensis), White-breasted Nuthatch (Sitta carolinensis)]. These 4 species were chosen because of their non-aerial-insect based diets and their broad distributions, with ranges that encompass all or a majority of the contiguous US. We examined relationships between annual indices of abundance made available by the BBS for the years that coincided with the final years of the Wadeable Streams Assessment survey (2004) and National Lakes Assessment (2007) (see section “Statistical Analysis”).



Statistical Analysis

We used logistic regression to test the relationship between pollution tolerance and the emergence trait. Specifically, we categorized each invertebrate taxon observed in the EPA data set according to a binary response (emergent/non-emergent), and then related this binary variable to assigned pollution tolerance values that ranged from 0 to 10, with 0 representing an extremely sensitive organism, and 10 representing the greatest pollution tolerance (Yuan, 2004). We interpreted the coefficient of the binomial regression as the increase in the log-odds that a given taxon has the emergence trait per unit increase in pollution tolerance value.

We used multiple linear regression and multi-model selection within an information-theoretic approach to identify best-supported, state-level predictors of the relative abundance of emergent insects (Feld et al., 2016). Given the number of responses and predictors tested, we opted for maximum likelihood approaches at this stage of the analysis because they are more efficient from a computational standpoint, but useful inferences can still be drawn. For streams and lakes, the responses considered were relative abundances of emergent and non-emergent insects. For water-quality variables, we identified 27 (stream) and 12 (lake) watershed/basin- and site-level predictors of benthic macroinvertebrate taxonomic and functional trait abundance. Our predictors included land-use metrics such as urban or agricultural land cover (%), which we considered to encompass drivers of multiple stressors as well as act as stressors in their own right (Feld et al., 2016). We also included chemical/nutrient (e.g., conductivity, chloride, total nitrogen, total phosphorus), and physical water-quality data [turbidity and habitat variables related to benthic substrate (% sand and fines)]. A similar subset of variables was identified a priori for lakes.

We accounted for multicollinearity among the 27 stream predictors using correlation analysis; all predictors with correlation coefficients <0.75 were retained (vifcor function in R, e.g., Feld et al., 2016). We used the package MuMIn version 1.43.17 (Bartoń, 2020) and associated function dredge in R to generate subsets of models with all possible combinations of predictors selected from a global model. We retained models with the strongest support based on the differences in Akaike’s Information Criterion corrected for small sample size (ΔAICc) values <2 (Burnham and Anderson, 2002). We used model averaging and present weighted averages for parameter estimates for this subset of best-supported models (Burnham and Anderson, 2002). Global models for stream emergent insects included chloride (Cl–), total phosphorus (TP), turbidity, ammonium (NH4-N), sulfate (SO42–), nitrate (NO3-N),% sand and fines, watershed area (km2), road density, elevation (m), and precipitation (mm). Predictors were standardized using z-scores to compare among variables measured with different scales and units, and log-transformed if necessary to meet assumptions of normality and homogeneity of variance (see Supplementary Material). For lakes, we used a different global model, based on a priori selection of common measures of lake trophic state [Secchi depth, pelagic chlorophyll a, total nitrogen (TN), TP], basin land use and characteristics (% developed, crop, basin area), and indicators of lake acidification or salinization (pH, acid neutralizing capacity, sulfate [SO42–], conductivity, chloride). See Supplementary Material for further details about this approach and a full list of variables considered in this part of the analysis.

We log-transformed the annual indices of bird abundances for the 25 bird species in 2004 and 2007 (n = 837 for both years) because assumptions of normality were not met (Kolmogorov-Smirnov test, D = 0.545, 0.542, respectively, P < 0.001 in both cases; inspection of Q-Q plots showed right-skewness; see Supplementary Figures 3A,B), and we excluded one zero annual index value in each year [i.e., Common Nighthawk (Chordeiles minor), annual index was 0 in Massachusetts in both years]. We then used a Bayesian model to estimate posterior probabilities for US state-level bird species abundance in 2004 and 2007 using the Hamiltonian Monte Carlo algorithm in rstan version 2.19.3 (Stan Development Team, 2020) via the package brms version 2.12.0 in R (Bürkner, 2017). We recognize that our use of state-level annual indices of bird abundance as our primary spatial scale for this analysis has certain drawbacks (i.e., political boundaries have no significance for birds and insects)—however, more ecologically appropriate watershed-level bird population data that can be matched to watershed-level benthic invertebrate data are currently lacking. Further, using state boundaries has some advantages, including engendering stronger connections to broader societal conservation actions and quickly identifying spatial patterns that warrant closer investigation using watershed-level data. We used Bayesian inference at this stage of the analysis as opposed to maximum likelihood methods to enable more direct, but nuanced, interpretations of the probability of water-quality effects on bird population trends (e.g., a 90% credible interval that marginally overlaps zero still implies close to 90% probability of an effect). Models included random effects for each species/state combination to generate a posterior probability distribution for mean abundance for each bird species within a given state [n = 25 bird species, minimum number of states = 7 (see Supplementary Table 2)]. All models were run for 2,000 iterations (after 1,000 warmup iterations), with 4 chains and a thinning rate of 1.

We related the relative abundance (streams and lakes) of both emergent and non-emergent insects to aerial insectivore annual indices of their abundance in the year matching the Wadeable Streams Assessment survey (2004) using univariate Bayesian linear models (again with brms). We found that annual indices were not significantly different among years from 2000 to 2009, thus, we limited this analysis to 1 year for both streams (2004) and lakes (2007). Predictor variables were standardized using z-scores to allow for direct comparison of their effects on bird population trends. We generated models with group-level parameter estimates for all 25 species that included a random effect for a categorical variable, which separated them into habitat groups (riparian obligate, riparian facultative, upland, and non-aerial insectivore) that allowed us to test for differences in responses to emergent insects among bird species that used different habitats or feeding behaviors. In all cases, we examined the 90% credible intervals (CI) for the posterior probability distributions of species-level coefficient estimates for random effects [i.e., coefficients presented here were the sum of the global fixed effect for a given predictor (e.g., relative abundance emergent insects), and the species-specific parameter estimate (i.e., random effect)]; parameter CIs that did not contain zero were considered evidence of a trend.



RESULTS


Emergent Insects Highly Susceptible to Poor Water Quality

The relative abundance of emergent insects was negatively correlated with the proportion of tolerant macroinvertebrates in streams (Pearson’s r = −0.798) and lakes (Pearson’s r = −0.352). In addition, the relative abundance of emergent insects was positively related to the relative abundance of the pollution sensitive insect orders Ephemeroptera, Plecoptera, and Trichoptera in both streams (Pearson’s r = 0.704) and lakes (Pearson’s r = 0.305). We found that the odds that a given aquatic invertebrate taxon would be non-emergent vs. emergent in streams increased as a function of assigned pollution tolerance values. As pollution tolerance value increased, the odds of a taxon exhibiting non-emergence traits increased by 1.75× (logistic regression, ecoef = e0.560 = 1.75 [95% CI = 1.70–1.77], P < 0.001). We found a similar pattern for invertebrates sampled from lakes, where the odds of a given taxa exhibiting non-emergence increased by 2.01× per unit increase in pollution tolerance value (logistic regression, ecoef = e0.702 = 2.01 [95% CI = 1.99–2.03).



Spatial Distribution and Drivers of Emergent Insect Relative Abundance

The relative abundance of stream emergent insects was generally lower in the Midwest, Great Lakes, and South-Central U.S. (Figure 1A). For lakes, emergent-insect relative abundance appeared to be generally higher around the Great Lakes, as well as in parts of the Southwest and northern New England (Figure 1B). In some cases, stream and lake relative abundances exhibited strong contrasts at the state level. For instance, we observed high stream emergent-insect relative abundance in Maine and Washington, but among the lowest relative abundances in lakes. On the other hand, states like Florida, Louisiana, and North Dakota supported among the lowest relative abundances of emergent insects from both lakes and streams.
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FIGURE 1. (A,B) Chloropleth maps indicating the location of higher or lower relative abundances of emergent insects in streams (A), and lakes (B). Red indicates lower relative abundances, and blue indicates higher relative abundances in each map.




Stream Emergent Insects

Based on our multi-model inference approach (Feld et al., 2016), best-supported models indicated that the relative abundance of emergent insects from streams decreased as a function of % sand and fines (P < 0.001), ammonium concentration (NH4-N; P = 0.005), and road density (P = 0.072) (Figures 2A–C and Table 1). With a one standard deviation (SD) increase in these variables, the relative abundance of emergent insects decreased by 4.9% (road density) to 14.9% (% sand and fines), with intermediate effects of ammonium concentration (decreased 8.8%). These three variables were the most important for predicting relative abundance of emergent insects based on the sum of AICc weights (relative importance index = 1, 1, 0.80, for NH4-N,% sand and fines, and road density, respectively, Table 1). The best-supported models for the relative abundance of non-emergent individuals showed inverse responses to the same predictors of the stream emergent insect model. The relative abundance of non-emergent individuals increased in response to % sand and fines (P < 0.001), ammonium concentration (P = 0.004), and road density (P = 0.067), respectively (Table 1).
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FIGURE 2. (A–C) Average, state-level relative abundance of emergent insects in streams as a function of ammonium (NH4-N) concentration (A), road density (km roads km–2 watershed) (B), and % sand and fines (C). These three predictors were the most important (according to AICc weights) in the subset of best-supported models (ΔAICc < 2; n = 4 models). Blue lines indicate simple linear regressions between a given predictor and emergent insect relative abundance and gray areas indicate 95% confidence bands for predictions from these models. Note: x-axis scales are logarithmic in (A,B).



TABLE 1. Weighted averages of standardized parameter estimates (and SE) from the subset of best-supported models (all models with ΔAIC ≤ 2) predicting the relative abundance of emergent insects (n models = 9) in streams and lakes of the contiguous United States.
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Lake Emergent Insects

Clear relationships between water quality and emergent insect relative abundance in best-supported models for lakes were scarce (Table 1). The strongest effect was conductivity (coefficient = −0.33; P = 0.143), followed by comparable negative effects of indicators of high solute concentrations such as sulfate and chloride (P = 0.212, 0.242, respectively, Table 1). Increased relative abundance of emergent insects also weakly associated with chlorophyll a (coefficient = 0.18, P = 0.238), and TP (coefficient = 0.26, P = 0.177). As with streams, non-emergent individuals showed the inverse responses to the same predictors (Table 1).



Aerial Insectivorous Bird Abundances and Stream Emergent Insects

Upland aerial insectivorous bird species responded most markedly to stream emergent insects (fixed + random effect = 1.19 90% CI = 0.108–2.23), followed by riparian obligate species [fixed + random effect = 0.42 (−0.44 to 1.36)]. We found weak (i.e., all 90% CI contained zero) but positive associations between emergent insect relative abundance and some aerial insectivorous bird species. The three strongest species-level responses were for Western Wood-Pewee (Contopus sordidulus), Olive-sided Flycatcher (Contopus cooperi), and Acadian flycatcher (Empidonax virescens), representing upland, riparian facultative, and riparian obligate species, respectively (Figure 3A). In contrast, Purple Martin (Progne subis), Barn Swallow (Hirundo rustica), and Eastern Kingbird (Tyrannus tyrannus) abundances showed the strongest negative associations with stream emergent insects (Figure 3A). However, Mourning Dove (Zenaida macroura) abundance—representing a non-aerial insectivore—also exhibited a negative association with stream emergent insects (Figure 3A).
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FIGURE 3. (A–C) Coefficient estimates (fixed effect + species-level random effects) for the effects of the relative abundance of emergent insects (A) individuals in the orders Ephemeroptera, Plecoptera, and Trichoptera (EPT) (B), and pollution tolerant individuals (C) in streams, as predictors of bird species abundances [including riparian obligate (blue circles), riparian facultative (green circles), upland (purple circles), and non-aerial insectivore species (red circles)] based on posterior probability distributions from Bayesian linear models. Ninety percent credible intervals are indicated by horizontal lines. Zero is emphasized by a vertical gray line. Bird species abbreviations can be found in Supplementary Material. Note: x-axis scales differ among (A–C).


We found stronger responses of aerial insectivores to the relative abundance of individuals in the sensitive EPT orders, with the strongest positive coefficients observed for Eastern Phoebe (Sayornis phoebe), Western Wood-Pewee, Violet-Green Swallow (Tachycineta thalassina), Tree Swallow (Tachycineta bicolor), and Eastern Wood-Pewee (Contopus virens) (Figure 3B). Some non-aerial insectivores also responded to the relative abundance of EPT, such as Gray Catbird (Dumetella carolinensis), and White-breasted Nuthatch (Sitta carolinensis). Notably, Common Nighthawk and Purple Martin abundances showed negative associations with EPT (Figure 3B).

Consistent with patterns for emergent insects and EPT, several of the same aerial insectivore species (and Gray Catbird) showed negative responses to the relative abundance of tolerant individuals, including Western Wood-Pewee, Acadian Flycatcher, Eastern Phoebe, Violet-Green Swallow, and Eastern Wood-Pewee (Figure 3C). Common Nighthawk and Purple Martin abundances tended to increase with the relative abundance of tolerant individuals.



Aerial Insectivorous Bird Abundances and Lake Emergent Insects

Non-aerial insectivores responded most strongly to the relative abundance of lake emergent insects (fixed + random effect = 0.938, 90% CI = −0.04 to 1.91), followed by riparian facultative aerial insectivorous species [fixed + random effect = 0.219 (−0.636 to 1.00)]. We found weak (i.e., all 90% CI contained zero) but positive associations between emergent insect relative abundance and some aerial insectivorous bird species (Figure 4A). These coefficients were generally weaker than for streams, and the strongest observed responses involved different species: Barn Swallow (Hirundo rustica), Chimney Swift (Chaetura pelagica), and Eastern Wood-Pewee (Figure 4A). The ground-forager, Mourning Dove (Zenaida macroura) showed the strongest response to emergent insects from lakes (Figure 4A).
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FIGURE 4. (A–C) Coefficient estimates (fixed effect + species-level random effect) for the effects of the relative abundance of emergent insects (A) individuals in the orders Ephemeroptera, Plecoptera, and Trichoptera (EPT) (B), and pollution tolerant individuals (C) in lakes, as predictors of bird species abundances [including riparian obligate (blue circles), riparian facultative (green circles), upland (purple circles), and non-aerial insectivore species (red circles)] based on posterior probability distributions from Bayesian linear models. Ninety percent credible intervals are indicated by horizontal lines. Zero is emphasized by a vertical gray line. Bird species abbreviations can be found in Supplementary Material. Note: x-axis scales differ among (A–C).


We found relatively stronger responses of bird abundances to the relative abundance of individuals in the EPT orders in lakes (Figure 4A). The three aerial insectivore species that responded most strongly to EPT were Eastern Phoebe, Tree Swallow, and Eastern Wood-Pewee (Figure 4B). Gray Catbird and White-breasted Nuthatch abundances increased to a greater degree than aerial insectivore species with EPT, and also showed the strongest negative responses to the proportion tolerant insects in lakes (Figures 4B,C).



DISCUSSION

Subsidies of energy, nutrients, and organic matter are important drivers of ecological interactions across ecosystem boundaries (Polis et al., 1997; Nakano and Murakami, 2001). We show at the scale of the contiguous US, the impacts of land use and water quality were related to reduced relative abundances of emergent insects. In particular, we illustrate that insects with adult stages that disperse in flight from water to land are positively related to the relative abundance of pollution sensitive insect orders (EPT), and negatively correlated with pollution tolerance, suggesting a potential large-scale loss of this nutritional subsidy to terrestrial environments from impaired aquatic ecosystems (Wesner et al., 2020). For context, Bartrons et al. (2013) estimated that total insect emergence from lakes and streams in Wisconsin alone was ∼6,800 metric tons of carbon year–1, with 79% of the total from lentic systems. Conventional analysis of macroinverterbrate biomonitoring data based on immature insect stages has likely overlooked the implications of the functional roles that the adult life stages of aquatic insects play in conserving biotic interactions and biodiversity at watershed to continental scales.

We provide initial evidence that suggests that aerial insectivorous birds respond in complex ways to shifts in water quality and emergent insect abundance from streams and lakes. We also found evidence of habitat-specific effects, whereby stream emergent insect abundance, and especially sensitive insect orders, exhibited stronger relationships with upland aerial insectivore species compared to emergent insect abundance in lakes. Further, this analysis is an initial step that shows how the ecological impacts of water-quality variability are not necessarily constrained to providing information about the condition of aquatic habitats, but can be extended to provide useful information about terrestrial species as well, with implications for a suite of wildlife that depend on aquatic energy and nutrient subsidies including birds, spiders, bats, and reptiles (Baxter et al., 2005; Kautza and Sullivan, 2016).


Water Quality and Emergent Aquatic Insects

Our analysis underscores the threats of multiple environmental stressors that lead to changes in water quality on aquatic-insect species that provide important functions, such as aquatic-terrestrial prey subsidies (Carlson et al., 2016; Greenwood and Booker, 2016). Several lines of evidence from our analysis of large-scale surveys of benthic invertebrates suggest that a biphasic life cycle and pollution intolerance are linked traits in aquatic insect communities. For example, we observed that the relative abundance of emergent insects declined across environmental gradients related to human activities such as agriculture, urbanization, and other perturbations. These impacts increase sedimentation and impair chemical water quality, pervasively increasing nutrients and toxic pollutants (e.g., Walsh et al., 2005).

Impaired water quality, especially contamination by heavy metals, has been associated with reduced success of metamorphosis for some emergent insect taxa (Kraus et al., 2014; Wesner et al., 2014). Consistent with this, we found evidence that pollution tolerance and emergence are inversely related characteristics of aquatic invertebrates. This finding implies that across disturbed watersheds, completion of aquatic-insect life cycles could be disrupted, with disproportionate consequences for the reproductive success of emergent insects. For example, increased fine sediments and excess phosphorus have been shown to either smother or cause egg mortality of emergent insects in their larval or nymphal stages (Everall et al., 2018), and ammonium can become acutely toxic when unionized. Many emergent insects are typically univoltine or bi-voltine (i.e., with one or two reproductive cycles annually, respectively); thus, human-caused disturbances coinciding with their emergence and reproduction could be catastrophic for inter-annual population dynamics. Collectively, this large-scale analysis of emergent-insect abundance emphasizes the potential for insect emergence to be an integrative, functional metric of freshwater ecosystem health with cross-boundary implications.



Comparing Bird Species Responses to Stream vs. Lake Emergent Insects

Contrary to our hypothesis, upland aerial insectivore species responded more strongly to the relative abundance of emergent insects from streams than riparian obligate species. Similarly, non-aerial insectivores, especially Mourning Dove, Gray Catbird, and White-breasted Nuthatch abundances, showed surprisingly large responses to the relative abundances of emergent insects and EPT taxa from lakes, respectively. Further, relationships between bird abundance and lake emergent insects were generally less pronounced than for streams, also contrary to our hypothesis. However, the relative abundance of lake emergent insects was generally unrelated to lake water-quality predictors, whereas stream emergent insects decreased significantly with streamwater ammonium concentrations, and sedimentation of the stream bottom. This higher sensitivity of stream emergent insects to watershed stressors, along with the stronger response of upland and non-aerial insectivores like Gray Catbird and White-breasted Nuthatch, may suggest that the positive relationship observed for these bird species could simply signal that there are shared drivers of both declining water quality and the prevalence of upland aerial-insectivore and non-aerial insectivore species (e.g., deforestation, urbanization, agriculture). Nonetheless, we observed a clear response of several aerial insectivore species, including Tree Swallows, to the abundance of pollution sensitive, fatty acid-rich EPT taxa from streams, suggesting that there may be a dietary signal within these patterns as well. Importantly, the data sets we used necessitated a focus on insect abundance, rather than biomass; we expect that insect biomass may be a more appropriate metric to model and explore in future continental-scale analyses, especially because there are generally greater masses of insects deposited on land from lakes as compared to streams (e.g., Bartrons et al., 2013).



Detecting Cross-Boundary Effects of Poor Water Quality Remains a Challenge

While our analysis of emergent aquatic insects indicated strong influences of land use and water quality in streams, the relationships between bird abundances and emergent insects were more nuanced and species-specific, especially with respect to the emergent insect metric we generated in this analysis and the majority of bird species (Figures 3A, 4A). This finding is in contrast to evidence that indicates many aerial insectivorous birds, and to some degree, other insectivorous birds, are highly reliant on aquatic-to-terrestrial subsidies (e.g., Kautza and Sullivan, 2016; Schilke et al., 2020; Sullivan et al., 2021). Our ability to detect this reliance with publicly available biomonitoring data was potentially hampered in several ways. For example, the relationships between emergent insects and aerial insectivorous birds are diffuse in both time and space, such that the timing of the Breeding Bird Survey (early summer) and the precise locations of monitoring routes may have occurred outside the direct influence of emerging insects from nearby streams or lakes, i.e., the majority (>70%) of emergent insect deposition from streams and lakes generally falls within 100 m of the waterbody (Gratton and Vander Zanden, 2009; Muehlbauer et al., 2014; Schilke et al., 2020). Beyond these mismatches inherent to the monitoring data sets, differential access to water and habitat use among riparian-to-upland obligate species, detrimental effects carried over from non-breeding habitats, or landscape topography (e.g., ravines vs. low-elevation streams) are all expected to affect the foraging ecology of aerial insectivores.

The complexity of local food webs could also mediate aerial insectivore-emergent insectivore relationships. Sullivan et al. (2021) found that adult Tree Swallows at urban sites fed at significantly higher trophic positions than those at protected sites, implicating a suite of complex factors including local climate, water quality, and insect body-size preferences. Similarly, many riparian swallow species tend to forage over open water vs. heavily canopied areas (Alberts et al., 2013). Consistent with this, we found some bird species responded positively to the relative abundance of lake emergent insects. The greater surface area in lakes compared to streams leads to lentic systems contributing more insect production to terrestrial habitats (Bartrons et al., 2013).

There were some aerial insectivorous species that showed clearer relationships with emergent insect abundance, and stronger positive responses to the relative abundance of sensitive EPT taxa, consistent with our hypotheses. However, we also observed unexpected negative relationships between emergent insect abundance (and/or EPT) from streams and some aerial insectivores such as Purple Martin and Common Nighthawk. We cannot rule out inherent biases of the BBS sampling protocols (e.g., sampling during the day, survey routes occur along roads) that may have influenced these patterns, especially for Common Nighthawk. Variability in aerial insectivorous bird foraging strategies and diet also may explain some of these relationships. For example, Purple Martins, North America’s largest swallow, forage at high altitudes relative to many aerial insectivores and have been documented to predominantly feed on terrestrial flying social insects such as ants, honey bees, and termites (Helms et al., 2016).

Plasticity in aerial insectivore diet both in terms of prey type and habitat may also aid in the interpretation of contrasting results. For instance, Tree Swallow-emergent insect relationships were generally positive for both streams and lakes (Figures 3A, 4A), thus generally following our expectations given the riparian-obligate nature of Tree Swallows and their high dietary reliance on aquatic emergent insects (Beck et al., 2013). McCarty and Winkler (1999) observed that adult Tree Swallows actively selected for larger-bodied prey (e.g., Odonata) vs. smaller-bodied insects (0–3 mm in length), supporting the positive associations we observed between Tree Swallows and typically larger-bodied EPT taxa (Figures 3B, 4B). However, Barn Swallow responses were more variable, exhibiting a negative relationship with emergent insect relative abundance for streams (Figure 3A) but a positive association with emergent insects for lakes (Figure 4A). Barn Swallows are a non-riparian obligate species most commonly feeding on terrestrial flying insects such as flies, beetles, bees, wasps, flying ants, butterflies, and moths (Brown and Brown, 1999; Law et al., 2017). However, Barn Swallows are adaptable and will also forage over open water and feed on available aquatic insects. Thus, the positive relationship between emergent insects and Barn Swallows in open lake environments vs. the negative relationship observed for canopied stream environments is not surprising. Further, open, non-forested streams are commonly agricultural streams that exhibit poor water quality and support aquatic insect assemblages dominated by smaller-bodied, tolerant taxa such as midge flies in the family Chironomidae with limited landward dispersal, making aerial insectivorous bird foraging responses in these altered ecosystems difficult to predict (Carlson et al., 2016; McKie et al., 2018). Therefore, the negative relationships between some aerial insectivores and the relative abundance of stream emergent insects might also reflect changes in the availability or accessibility of preferred prey (potentially in favor of terrestrial insects vs. aquatic insects) in agricultural and other modified landscapes. Plasticity in diet and foraging strategy may also contribute to explaining patterns between non-aerial insectivores and emergent insects, such as Gray Catbird, that has a broad diet and is common in riparian areas (e.g., Rodewald and Kearns, 2011).



Consequences of Losing Aquatic-Terrestrial Connections Via Insect Emergence and the Need for Conservation Across Ecosystem Boundaries

Traditional biomonitoring efforts, including those focused on aquatic insects, continue to be essential tools for establishing baseline conditions and detecting aquatic ecosystem degradation (Hill et al., 2017). Our analysis emphasizes that their utility can extend beyond within-stream or within-lake measures of ecosystem condition to include crucial ecosystem functions that have implications for terrestrial ecosystems and linked aquatic-terrestrial food-web interactions (e.g., via potential adult insect production). Novel benthic invertebrate monitoring metrics could build on these ideas to emphasize the proportion or abundance of individuals with flying adult stages in future monitoring efforts. Measures that directly quantify the timing and amount of insect-mediated energetic subsidies from streams and lakes across a spectrum of watershed-scale stressors—while giving appropriate weight to the importance of insects that provision higher levels of nutritional macromolecules (such as fatty acids; Whorley et al., 2019) to riparian consumers—could also be useful in predicting potential consequences of poor water quality for terrestrial insectivores.

A recent analysis found a global increase of freshwater insect abundance by ∼11% per decade (van Klink et al., 2020), largely driven by North American patterns (although, consistent with our analysis, this meta-analysis also suggests that freshwater insects have declined ∼2.3% per year in the Midwest US). However, the studies included in this analysis were skewed toward larval vs. adult aquatic insects, potentially overlooked increases driven by pollution-tolerant aquatic insect taxa, and did not fully account for the fact that the scope and magnitude of these changes is spatially heterogeneous, illustrating the inherent challenges in comparing population trends across aquatic-terrestrial boundaries; all of these factors are potentially relevant to aerial insectivorous bird populations. Interannual variability in insect abundances can also be significant, with multiple implications for aerial insectivorous birds including breeding success and post-fledgling survival (Paquette et al., 2013; Twining et al., 2018). Available open-access macroinvertebrate data with broad spatial coverage are limited in temporal scope; additional years of emergent insect data could improve future analyses. Additionally, future work that makes concerted efforts to achieve tighter spatial and temporal synchronization between aerial insectivorous birds and their insect prey at watershed (and larger) scales (e.g., Schilke et al., 2020) will be an important step in further exploring the links between broad-scale water quality, emergent insects, and bird diets, fitness, and reproductive success (e.g., Twining et al., 2018).

Although aquatic-terrestrial ecological linkages are increasingly recognized, conservation that explicitly considers water-land boundaries is still uncommon. Here, we highlight the potential consequences of water quality on both emergent aquatic insects and species of aerial insectivorous birds—a guild that has experienced alarming population trends in North America, contributing to a massive decline in North American avifauna (Rosenberg et al., 2019). Although larval life stages are the target of biomonitoring programs (US EPA, 2015), explicitly monitoring the adult life stage of aquatic insects may be instructive in terms of further understanding the impacts of land-use change on aquatic systems. Furthermore, the abundance and distribution of aquatic insects that emerge from aquatic habitats as flying adults could be an important predictor of the survival and population dynamics of many species of aerial insectivorous birds, including both upland and riparian obligates that rely on energetic pulses of emerging aquatic insects for multiple aspects of their life cycles, i.e., during reproduction and migration (McCarty, 1997; MacDade et al., 2011). Although our results highlight that predicting the effects of broad-scale effects of variability in emergent insects on aerial insectivores can be challenging, they have intriguing implications for the future conservation of aerial insectivorous birds, as well as other aerial insectivorous wildlife (e.g., bats), which provide a suite of ecosystem services (e.g., Kelly et al., 2013). Accounting for the reciprocal, water-to-land consequences of impaired water quality could represent an important conservation paradigm, both in North America and globally, where water quality concerns persist (Vörösmarty et al., 2010; Brown and Froemke, 2012).
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Land use changes rank among the highest threats to biodiversity, but assessment of their ecological impact is impaired by data paucity in vast regions of the world. For birds, land use changes may mean habitat loss or fragmentation, changes in resource availability, and disruption of biotic interactions or dispersal pathways. As a result, avian population sizes and assemblage diversity decline in areas subjected to urbanization, agricultural intensification, and land abandonment worldwide. This threat is especially sensitive in hotspots such as the Mediterranean basin, where avifaunas of several biogeographic origins meet, encompassing numerous endemic taxa, and ecological specialists with low resilience to habitat modifications. Here, we correlated several facets of bird taxonomic and functional diversity to a fine-grained land-use change classification, in order to identify priority areas in need for enforced protocoled bird sampling in a conservation prospect. For this, we computed the species richness, functional richness, originality and specificity of 211 bird assemblages based on bird extent-of-occurrence data for 279 species and 10 ecological traits. We used a spatialized regression model to correlate bird diversity patterns with bioclimatic gradients and land use change between 1992 and 2018, assessed from an unsupervised clustering on 2 km resolution data. We showed that species-rich bird assemblages are subjected to agricultural intensification, while functionally diverse assemblages are mainly undergoing desertification and land abandonment. Unfortunately, most of these changes occur in areas where protocoled bird surveys with sufficient spatial and temporal resolution are lacking. In light of these results, we urge for the setting of bird monitoring programs targeted mainly on parts of North-Africa and the Levant, in order to allow a region-level evaluation of the threat posed by recent land use changes on the exceptional avifaunistic diversity of the basin. Fostering such regional-scale evaluations of congruences between human threats and centers of diversity is a necessary preliminary step for a pragmatic response to data deficiencies and ultimately setting appropriate responses to avoid the collapse of avian assemblages.
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INTRODUCTION

Land use changes range amongst the most pressing threats to biodiversity (Sala et al., 2000; Foley et al., 2005; Millennium Ecosystem and Assessment, 2005; Montanarella et al., 2018). Urban expansion, the replacement of agro-pastoral mosaics by intensive industrial agriculture and land abandonment decrease habitat availability and connectivity worldwide (Newbold et al., 2015; Tilman et al., 2017). These dynamics generally tend to decrease taxonomic and functional diversity at multiple spatial scales, with strong variations across taxa and regions (Jetz et al., 2007; Titeux et al., 2016; Newbold, 2018). Identifying where and how land use changes threaten high-diversity areas is essential for the priorization of conservation efforts to halt the loss of natural heritage. However, the lack of temporal ecological data prevents the assessment of biodiversity trends in vast portions of the world, including hotspots such as the Mediterranean basin.

Rather than a uniform drop in biodiversity, land use changes trigger a decline in ecological specialist species, paralleled with an increase in generalist species (“winner-loser dynamics,” McKinney and Lockwood, 1999; Devictor et al., 2008). The determinants of these dynamics are multiple and interact together, but can roughly be summarized in a neat loss of habitat extent and suitability, disruption of connectivity through habitat fragmentation and direct disturbance or pollution (e.g., pesticides, Meehan et al., 2011). Besides a direct impact on species’ local survival and demographic rates, these processes may interact with sensitivity to other threats, notably climate change (Mantyka-Pringle et al., 2012; Jantz et al., 2015) and invasion by alien species (McKinney, 2006; Sol et al., 2017). At an ecosystem level, land use changes may in turn alter metapopulation dynamics and biotic interaction networks, sometimes resulting in the loss of essential ecosystem services (Hooper et al., 2012; Hautier et al., 2015; Oliver et al., 2015).

Uncontrolled land exploitation and the lack of strong environmental policies increases pressure on biodiversity in places undergoing rapid human and/or economic growth, which are often insufficiently covered by biodiversity datasets (Amano and Sutherland, 2013; Meyer et al., 2015; Siddig, 2019; Nori et al., 2020). The Mediterranean basin presents a particularly contrasted pattern, with numerous standardized monitoring programs allowing an in-depth understanding of biodiversity dynamics in its north-western part (mainly Spain, France and Italy, Gregory et al., 2005), but a near-absence of similar initiatives along its southern and eastern shores. Apart from sparse and local surveys usually performed within limited timespan and with low sample sizes, most biodiversity knowledge in north Africa and the Levant therefore relies on opportunistic data that can hardly be used to estimate trends or rates of change (Siddig, 2019). This deficiency is especially worrying since just as human presence, south Mediterranean ecosystems are either coastal or limited in surface due to the border imposed by the Sahara desert.

Urban sprawl and artificialization of soils on the coastline and in periurban areas occur at a rapid pace in Mediterranean countries, particularly along the southern coast (Fao and Bleu, 2018). This trend involves pollution, habitat destruction, and overexploitation of yet limited natural resources. Fast urbanization and artificialization of fertile coastal areas reduce even more arable lands, which are yet particularly scarce, leading to the intensification of irrigated and rainfed agriculture and overexploitation of pastures (Puigdefábregas and Mendizabal, 1998; Caraveli, 2000; Voltz et al., 2018). Along the northern coast of the basin, which is also the best studied, these processes decrease biodiversity and trigger compositional changes in vertebrate species assemblages (Concepción and Díaz, 2010; Sokos et al., 2013; De Solan et al., 2019). For instance, the growth of intensive olive monocultures, at the expense of traditional agroecosystems such as winter cereals, extensive pastures and low-input olive farming (Stoate et al., 2001), led to a strong reduction in biodiversity (Santos and Cabral, 2004; Siebert, 2004). Although the effects strongly depend on the context and on the specific environmental boundary conditions (Queiroz et al., 2014), the conversion of former mountainous pastoral fields into vast extents of forest can lead to major losses in bird diversity. This was observed in several case studies in southern France and Spain (Suárez-Seoane et al., 2002; Blondel et al., 2010; Queiroz et al., 2014). While land abandonment might be beneficial for some generalist species, it reduces habitat quality and availability for open-habitats species (Preiss et al., 1997; Sirami et al., 2006). It also reduces landscape heterogeneity, and leads to the establishment of a secondary vegetation cover which may reveal unsuitable to many forest species (Suárez-Seoane et al., 2002; Poyatos et al., 2003; Geri et al., 2010). Given these intense modifications of landscapes, the Mediterranean basin therefore urgently needs an overview of recent land use changes and of their consequences on biodiversity.

Priorities must be set in order to overcome the limited resources available for south-Mediterranean biodiversity surveys, the political and economic obstacles preventing the emergence of a strong research network around the basin, and the urgency of addressing ecological threats related to land use changes (Lavorel et al., 1998). In the absence of longitudinal datasets allowing the estimation of temporal ecological dynamics, a first necessary step is to identify the degree of overlap between land use change and biodiversity, as assessed from the best possible sources of spatial data (Tilman et al., 2017). Specific surveys can then be set where potential conflicts are identified (e.g., high levels of land conversion toward intensive agriculture or urban areas) in a framework that optimizes the use of available sampling effort. Because taxa are unequally known, this approach is mostly realistic for the best studied groups, such as birds, for which most species are described and their distributions relatively well delineated in expert-validated maps (BirdLife International Nature Serve, 2012). The results of such studies are necessarily uncertain because species’ range margins are unequally accurate, spatial resolution is usually coarse and species assemblages are inferred from the overlap of species’ range maps rather than observed from field surveys (Herkt et al., 2017). In spite of these limitations, these distribution data remain the only option for a first evaluation of priority areas to set up dedicated monitoring.

In the present study, we aimed at identifying where recent land use change overlap with areas of high bird diversity across the Mediterranean basin. Because biodiversity and its threats are organized into multiple, partly orthogonal facets, relying on taxonomic diversity alone (e.g., species richness) is usually insufficient (McGill et al., 2006; Bellard et al., 2012). Functional diversity, or the diversity of traits within an assemblage, is now a classical way to incorporate species’ ecological characteristics into biodiversity assessment (Devictor et al., 2010; Cadotte et al., 2011; Carmona et al., 2016). This approach rests on the assumption that ecological traits (species’ characteristics that describe their relationships to their biotic and abiotic environment, sensu largo) are directly related to ecosystem processes and services (Tilman et al., 1997; Newbold et al., 2016). Irrespective of changes in species richness, functional diversity varies over regional scales under the influence of climatic gradients, distribution of resources and anthropogenic imprint, revealing the imprint of niche-related processes and evolution on biodiversity patterns (Oliveira et al., 2016; Barnagaud et al., 2017; Le Provost et al., 2020).

We predicted that the most intense land use changes would be associated with increasing urbanization and agricultural intensification in the semi-arid agroecosystems of the basin (southern shore and Iberian Peninsula) and in parts of the north-west, and, inversely with land abandonment mainly in the northern hills and mountains. These regions are climatic transition zones between warm deserts and coastal areas in the south, and between coastal areas and continental climates in the north; they have formed biodiversity reservoirs since the last glacial maximum (Blondel et al., 2010). Consequently, we expected that the strongest patterns of anthropogenic land use change would be associated with high bird diversity.

Although a land use typology already exists in the Mediterranean area (Malek and Verburg, 2017), it is static and therefore omits temporal dynamics. We thus constructed our own typology of land use changes from which we derived continuous gradients, which we correlated with bird taxonomic and functional diversity. We used these results to infer types of land use dynamics and areas of the Mediterranean basin where systematic bird monitoring should be set in priority to quantify the effective ecological imprint of land use change and limit their effects wherever possible.



MATERIALS AND METHODS


Study Area

Defining and mapping the Mediterranean basin from a biological point of view has been a subject of debate among biogeographers for more than a century. There are no sharp borders with neighboring regions and many factors have to be considered, including vegetation, climate, latitude, and elevation. A consensus however exists among ecologists, historians, and geographers, which all agree that the unity and the specificity of this region is provided by its climatic pattern of hot, dry summers and humid, cool, or cold winters. Within the Mediterranean Basin itself, climate also changes with rising altitude in mountain ranges and when traveling from west to east. Overall, a sharp gradient exists between the colder, wetter northwestern and northeastern quadrants of the basin and the hotter, more arid, southeastern and southwestern parts in North Africa and the Levant. At its outer limits, the area borders a wide diversity of climatic and biogeographic zones, including boreal forests in central and northern Eurasia, the vast steppe regions of central Asia and northwestern Africa, and the hot subtropical deserts of northeastern Africa.

The extent of the studied area was thus defined according to the limits of the Mediterranean biome, classified as “Mediterranean forests, woodland and scrub” (Dinerstein et al., 2017). The region covers 27 countries (Figure 1). We defined a grid with a 1° × 1° resolution (approximately 110 km × 110 km at the equator) on a cylindrical equal area projection, which is considered as the optimal resolution for managing the bird data we used (Kissling et al., 2012). We then selected only the cells covered at least by 30% the Mediterranean biome, leaving us with 211 pixels.
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FIGURE 1. Studied area and reference grid.




Bioclimatic Data

Bird distributions are the outcomes of both short- and long-term biogeographical dynamics that arise under the joint effects of climate, habitats and biotic processes operating simultaneously over multiple timescales. We therefore characterized the bioclimatic gradients influencing bird assemblage diversity by a combination of current and historical climatic data. We retrieved Worldclim global-scale climatic data at 30 s spatial resolution1 (Fick and Hijmans, 2017). We calculated the annual median temperature based on the monthly mean temperature and recorded temperature seasonality, annual precipitation, precipitation seasonality, and winter, spring, summer, and autumn precipitation, for the present (1970–2000) and for the Last Glacial Maximum (about 22,000 years ago). We used as well Worldclim elevation data at 30 s spatial resolution.

We upscaled the past and present bioclimatic variables at 1° × 1° spatial resolution by calculating the median of each variable based on the values contained in each pixel. We subsequently synthetized these variables in a Primary Component Analysis (PCA) through the ade4 R package (Dray and Dufour, 2007; R Core Team, 2020). Our rule of thumb for all multivariate analyses performed in this study was to keep the smaller number of axes so that the sum of eigenvalues are at least 90%, leaving us in this case with four axes. The final bioclimatic variables are thus the coordinates of each 1° × 1° pixel on each of the four axes.



Land Use Change

We retrieved 1992 and 2018 land cover maps ESA CCI Land Cover time-series at 300 m spatial resolution2 (Esa, 2017). We only retained pixels with centroids falling into the limits of the studied area for the analysis. We then aggregated the initial 36 land use classes into 11 classes in order to limit the imprint of high-resolution land use changes incompatible with the grain of the study (Supplementary Table 1). Since restraining our analyses to the grain of available bird data could have hidden meaningful co-structures between bird diversity and land use changes at finer grains, we resampled the land use maps from their 300 m original spatial resolution at 2, 30, and 90 km and calculated the percentage of each land use category in these larger pixels. We then retrieved the amount of change in each land use class by subtracting the land use values of 1992 to those of 2018. As the objective is to focus on change, we discarded the pixels that do not display any change between the two dates.

In order to synthetize land use change patterns into interpretable trajectories, we performed an unsupervised clustering on land use change data. We chose partitioning around medoids (PAM; Kaufman and Rousseeuw, 2005), known to be more robust than k-means due to its lower sensitivity to noise and outliers (Han et al., 2001; Park and Jun, 2009; Arora et al., 2016). We used the sampling-based approach of PAM proposed in the algorithm Clustering Large Applications (CLARA; Kaufman and Rousseeuw, 2005) to reduce computing time and RAM storage problems (R package cluster; Maechler et al., 2019). We specified the number of clusters through graphical displays of silhouettes (Rousseeuw, 1987), which assess graphically whether objects lie well within the cluster, and give the user an appreciation of the relative quality of the clustering. Then, we estimated the optimal number of clusters so that it maximizes the average silhouette over a range of possible values (Factoextra R package; Kassambara and Mundt, 2017).

We performed separate cluster analyses on the land use change data at 2, 100, and 350 km in order to test the sensitivity of the method to the chosen scale (Supplementary Figure 1). To match bird data resolution, we calculated the percentage of each cluster in 1° × 1° pixels, which we synthesized through a four-dimensional correspondence analysis (CA) through the ade4 package (Dray and Dufour, 2007; R Core Team, 2020).



Bird Distributions

We retrieved extent-of-occurrence vector layers for all bird species occurring in the study area (n = 279) from Birdlife International3 (BirdLife International Nature Serve, 2012) and intersected them with the 1° × 1° grid defined previously to obtain 211 contiguous species assemblages. These data are the most exhaustive possible and are reasonably smoothed for survey effort and other biases through expert advice, but they tend to be over conservative in poorly studied areas and thus to underestimate species’ distributions, especially close to range margins (Herkt et al., 2017). This issue may affect the composition of species assemblages at the Saharan edge and in the Levant, although we have currently no reason to believe that it might induce a directional shift in assemblage-level diversity indices at the spatial resolution considered. Furthermore, because of the absence or near-absence of atlas data or opportunistic records usable for our purpose in these parts of the survey area, extent-of-occurrence maps are the least-worst solution for an overview of bird assemblages all around the Mediterranean basin.



Ecological Traits

A major source of heterogeneity in functional diversity indices lies in the choice of ecological traits (Calba et al., 2014). Since we did not aim at testing hypotheses on specific aspects of birds’ ecology, we considered traits that represent the widest possible range of independent ecological strategies while avoiding trivial correlations (Villéger et al., 2008), as well as any circularity with responses to land use (hence, we discarded traits expressing habitat selection). We considered four biometric traits (mean body length, mean wing length, mean bill length, mean body mass) from Storchová and Hořák (2018). These measurements correlate with key aspects of birds’ life history that affect their responses to environmental changes, including reproductive strategy, home range, and demography. We also included three traits directly associated with reproduction (mean clutch size, mean brood number per year, and mean age of first breeding) and two categorical traits associated with strategies in response to resource use and seasonality (territoriality and propensity to seasonal migration). Eventually, we characterized diet, which is key to multiple aspects of species’ life history and ecosystemic functions (Kissling et al., 2012; Sekercioglu et al., 2016; Barnagaud et al., 2019), with the proportions of use for 10 types of preys (Wilman et al., 2014).4



Functional Diversity Indices

Since functional diversity indices are inherently dependent on the dimensionality of the functional space (i.e., the smallest possible convex hull containing all the species of the regional assemblage), we first summarized the trait matrix in a principal coordinate analysis on a Gower distance matrix weighted for the non-independence of diet proportion data (Pavoine et al., 2009). We selected six principal coordinate axes, the minimum dimensionality providing a suitable representation of the initial trait dissimilarity among species (mean square error below 2%, method described in Maire et al., 2015). Not only may the range of traits be affected, but also species’ functional originality and redundancy, which affect the resilience of ecosystem processes to disturbance (Mouillot et al., 2013). For instance, the conversion of a semi-arid area into agricultural fields may remove desert specialists but maintain generalist species and promote invasion by synanthropic species, resulting in no neat change in taxonomic diversity but profound modifications of functional diversity. Conversely, changes in forest practices or type of crops within an ancient agricultural area may lead to species replacements without deep changes in ecological functions. Therefore, we computed three complementary indices in addition to species richness to quantify the functional diversity of each bird assemblage based on this functional space (for a full description of these indices, refer to Mouillot et al., 2013; computations implemented in R using scripts available at http://villeger.sebastien.free.fr/Rscripts.html):

- Functional richness (Fric), expressed as the proportion of the total functional space filled by a given assemblage, the closest trait-based equivalent to species richness differentiating assemblages that consist of few or numerous different traits;

- Functional specialization (Fspe), the scaled average distance of species to the centroid of the assemblage in the functional space, a measure of whether an assemblage mainly consists in generalist (central) or specialist (marginal) species;

- Functional originality (Fori), the scaled average pairwise distance of species within an assemblage in the functional space, as a measure of functional redundancy.

We discarded several other possible indices based on their similarity with these three or because their biological interpretability was limited in our context. All indices (and especially functional richness) were correlated to some extent with species richness. We therefore computed null distributions for each index by drawing randomly 99 species compositions for each assemblage while preserving observed species richness. We then calculated standardized effect sizes as the difference between observed indices and their null mean, divided by their null standard deviation.



Statistical Analyses

We used a linear regression model to quantify the relationship between each functional diversity index or species richness (over the 211 grid cells i), with the j climatic axes (BC1–BC4) and the k land use change axes (LUC1–LUC4). All slope coefficients were considered as assemblage-level random effects to account for spatial non-stationarity in the effects of climate and land system on bird assemblages. The general form of the regression model was therefore:
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In Eq. (1), μ was either the mean of a Gaussian distribution (functional diversity indices) or the log-transformed expectancy of a Poisson distribution (species richness), α was an intercept and β and γ were random regression coefficients. We estimated parameters in a Bayesian framework with flat normal priors for α, ν, and ω (null mean and variance of 1,000) and flat uniform priors for [image: image] and [image: image] (min = 0, max = 10). We ran three Monte-Carlo Markov chains of 20,000 burn-in iterations + another 20,000 for inference, thinned by 20. Convergence was satisfactory for all parameters based on Gelman and Rubin’s statistics and visual inspection of chains for hyperparameters. We assessed fit by visual checks of the correlation between functional diversity indices and their values replicated by the models (median over 3,000 iterations); no major signal of lack of fit appeared (values aligned on a 1-1 line) apart from a slight underestimation of upper values in most indices.

The statistical analyses were conducted with R software version 3.5.3 (R Core Team, 2020), and JAGS version 4.1.0 (Plummer, 2003).



RESULTS


Bioclimatic Gradients

The first axis of the PCA describing Mediterranean bioclimatic gradients (BC1, Table 1) was characterized by median and spring precipitation (positive side) and median temperatures (negative side). We therefore interpreted this axis as a latitudinal gradient ranging from Northern rainy and temperate zones to dry and warm semi-arid areas in the southern bank of the basin (Figure 2A). The second axis BC2 was characterized by winter precipitation and precipitation seasonality (high values in the negative side, low values in the positive side, Table 1). Positive values corresponded to areas under the influence of the Atlantic Ocean, the Mediterranean islands and the Albanian, Greek, and Levant western coasts (Figure 2B). They were described by a high variation of precipitation rates throughout seasons and high precipitation regimes in winter (Table 1). Negative values indicated low precipitation rates throughout the year along Spanish, French and Italian coasts and hinterland and semi-arid Maghreb (Table 1 and Figure 2B). The third axis BC3was dominated by a variation of temperature seasonality (high values in the negative side, low values in the positive side, Table 1) along a coastal/inland gradient (Figure 2C). The Aegean part of Greece, Turkey and the Levant did not display the same pattern, with an overall high temperature seasonality. The Levant coasts displayed a high variation of precipitations (BC2, Figure 2C and Table 1) and a high variation of temperatures through seasons (BC3, Figure 2C and Table 1). Conversely, western Mediterranean and Atlantic coasts were characterized by temperature stability. The semi-arid Maghreb, characterized by a low seasonality of precipitations (BC2, Figure 2B and Table 1), displayed however high yearly temperature variations (BC3, Figure 2C and Table 1). A joint reading of BC2 and BC3 therefore shows the spatial discrepancy between temperature and precipitation seasonality. The fourth axis was dominated by elevation variability (Table 1). The positive values highlighted areas where mountains contrast with the flatness of the shores, while the negative values characterized large plains or plateaus (Figure 2D).


TABLE 1. Primary components analysis scores for bioclimatic variables.
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FIGURE 2. Coordinates of pixels on Primary Components Analysis axes for bioclimatic variables. BC1 (A), BC2 (B), BC3 (C), and BC4 (D) refer to the first four axes kept in this study.




Land Use Change Patterns

The unsupervised clustering of land use change variables, at 2 km resolution, resulted in an optimal number of nine clusters. Using the 30 and 90 km resolutions instead did not substantially alter the results of bird-land use change relationships (Supplementary Figure 1). Therefore, we only described the results based on the nine 2 km resolution clusters.

Cluster C1 gathered the pixels with very low rates of change, whatever the land use category (Table 2). We thus chose to discard a posteriori the concerned pixels from subsequent analyses, as our objective was to focus on broad patterns. Cluster C2 brought together the areas undergoing a strong urban sprawl, eroding periurban rainfed agricultural lands on coasts, large valleys and plains (French Rhône valley, Italian Padania plain, Figure 3) and around cities (e.g., Madrid, Barcelona). Clusters C3, C4 and C6 concerned pixels that experienced forest regain after the abandonment of mountainous traditional agricultural lands and pastures; the three clusters described the same process, but with an increasing magnitude (Table 2 and Figure 3). Cluster C7 grouped pixels under the influence of agricultural intensification, corresponding to the sprawl of rainfed and irrigated croplands over natural areas with sparse vegetation, mostly in semi-arid agroecosystems of the High Plateaus of the Atlas, in the Spanish regions of Murcia and Andalucía, and at the Turkish-Syrian border and the Alep region (Figure 3). Cluster C5 reported an increase in pastures, shrublands, and on the mixed class with cropland and natural vegetation, at the expense of homogeneous forest cover (Table 2). In contrast to cluster C7, the increase of irrigated and rainfed croplands conveyed by Cluster C5 mostly characterized northern countries, and was associated to an increase in pastures and shrublands and to a decrease of forests (Figure 3). The pixels concerned by clusters C8 and C9 underwent two antagonistic processes, mostly occurring in pre-Saharan lowlands (Table 2 and Figure 3). Cluster C9 highlighted a desertification process, with bare areas spreading over sparse natural vegetation particularly in Algeria and Tunisia, while cluster C8 pointed out a regain of natural vegetation on bare soils (mostly in Morocco, and in Algeria in lower proportions (Table 2 and Figure 3).


TABLE 2. Average percentage of land use change contained in each cluster.

[image: Table 2]
[image: image]

FIGURE 3. Land use change clusters in the Mediterranean area. The changes are calculated between 1992 and 2018 at 2 km resolution.


The CA used to upscale the 2km land use change clusters at the resolution of bird data was structured by four axes (Table 3). The first axis LUC1highlighted a longitudinal dichotomy in land use change processes. The Northern bank and the Maghreb coastline (negative values) were mostly characterized by the abandonment of agricultural activities in mountains and the regain of forests (clusters C3, C4, and C6). The positive values characterized agricultural intensification (cluster C7), sparse natural vegetation regain over bare soils (cluster C8), and desertification (cluster C9) in the semi-arid agroecosystems of Maghreb and Spain (Table 3 and Figure 4). LUC2 and LUC3traduced the interaction between these three latter processes. Agricultural intensification (cluster C7) was located in the positive side of the two axes, and was opposed to desertification (cluster C9) in the negative side of LUC2and to sparse vegetation regain on bare areas (cluster C8) in the negative side of LUC3 (Table 3 and Figure 4). LUC4was related to the replacement of former agricultural lands by urban areas on the positive side, and by forests in the negative side (Table 3). This axis expressed the dichotomy between soil artificialization on coasts and periurban areas, and the abandonment of agricultural activities in inland rural and mountainous areas (Table 3 and Figure 4).


TABLE 3. Correspondence analysis scores for land use change clusters.
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FIGURE 4. Coordinates of pixels on the correspondence analysis axes for land use change clusters. LUC1 (A), LUC2 (B), LUC3 (C), and LUC4 (D) refer to the first four axes kept in this study.




Bird Diversity Patterns

Species and functional richness displayed opposite patterns in the Western part of the Mediterranean area, with the highest numbers of species but the lowest functional richness (Figures 5A,B). The East (Balkans, Turkey, and Levant) presented less obvious patterns, being a transition zone without any barrier effect (Figures 5A,B). Functional specialization and originality (Figures 5C,D) demonstrated similar patterns, with homogenous and ordinary assemblages in the north, and specific and original species in the southern part of the Iberic peninsula, Turkey, the Levant and semi-arid zones of Maghreb. Functional diversity indices were moderately inter-correlated (Pearson’s R2FRic, FSpe = 0.62; R2Fric, FOri = 0.57; R2FOri, Fspe = 0.59).
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FIGURE 5. Mapping of four diversity indices. The panels display species richness (A), Functional Richness (B), Functional Specialization (C), and Functional Originality (D).




Effects of Climate and Land Use Change on Birds

Regression parameters on bioclimatic variables revealed generally high effects on all dimensions of bird diversity (Figure 6). The third axis, related to temperature seasonality patterns, had the lesser impact.
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FIGURE 6. Average effect of bioclimatic variables on bird diversity (ν). FOri, Functional Originality; FRic, Functional Richness; FSpe, Functional Specialization; RS, Species Richness. Whiskers correspond to 95% credibility intervals, boxes correspond to the interquartile distance and dots represent median estimates. P-values are computed as the number of MCMC iterations above zero relative to chain length. BC1 (North (+)/South (–) climatic gradient), BC2 (Low (+)/high (–) precipitation seasonality), BC3 (Low (+)/high (–) temperature seasonality) and BC4 (High (+)/low (–) topographic variability) refer to the Primary Components Analysis axes for bioclimatic variables.


As observed on the maps of diversity indices (Figure 5), species richness and functional diversity were opposed along bioclimatic gradients (Figure 6,BC1). Species richness was higher in cooler and wetter areas, in the mountains, and in areas with low seasonality, while warmer and more arid area, lowlands and areas with high precipitation seasonality had higher functional diversity (Figure 6, BC2, BC4). Temperature seasonality (BC3) seemed to impact positively functional richness and negatively functional originality.

Due to its high correlation with the first bioclimatic Axis (R2BC1, LUC1 = 0.51) we did not incorporate the first land use change Axis (LUC1) in the model to avoid collinearity among predictors. The confidence intervals of land use change variables were larger than those of bioclimatic variables, which suggests more spatially variable coefficients. However, as for bioclimatic gradients, the maps of local effects did not display any clear pattern that could have suggested regional variations in bird-land use change relationships (Supplementary Figures 2–5). High species richness and low functional richness were located in areas experiencing agricultural intensification (mostly in the Northern Atlas and in Andalucía) (Figures 5, 7, LUC2, LUC3). Conversely, desertification occurred in a few well-delineated zones with high functional richness and functional specialization (Figure 7, LUC2). Revegetation of former semi-arid bare areas was associated with high functional diversity and low species richness in a few locations of the High Atlas (Figures 5, 7, LUC3). Conversely, agricultural abandonment and its subsequent reforestation corresponded with high species richness and high functional originality and specialization (Figure 7, LUC4), for instance in former refuges or transition areas such as the Balkans, Turkey, or the Hispanic southern steppes (Figure 5).
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FIGURE 7. Average effect of land use change on bird diversity (ω). FOri, Functional Originality; FRic, Functional Richness; FSpe, Functional Specialization; RS, Species Richness. Whiskers correspond to 95% credibility intervals, boxes correspond to the interquartile distance and dots represent median estimates. P-values are computed as the number of MCMC iterations above zero relative to chain length. LUC2 [Agricultural intensification (+)/desertification (−)], LUC3 [Agricultural intensification (+)/natural sparse vegetation regain (−)] and LUC4 [Urbanization (+)/agricultural abandonment (−)] refer to the Correspondence Analysis axes for land use change variables.




DISCUSSION

Increasing pressure on land threatens biodiversity throughout the Mediterranean basin. This justifies large-scale conservation responses that are impaired by the lack of adequate monitoring data. Here, we identified regions where intense land use change dynamics threaten centers of bird diversity. We showed that while desertification, shrub encroachment, and agricultural land abandonment overlap with high bird functional diversity, agricultural intensification is associated with species-rich areas. Our results therefore reveal associations between land use change and multiple facets of bird diversity that are well delineated in space. In light of these conclusions, we propose directions to orient bird monitoring in order to respond efficiently to land use change throughout the basin. In addition, we show the value of combining high-definition land use change assessments with multiple facets of bird diversity to answer deficiencies in biodiversity sampling.

Our land use change modeling approach aimed at spatializing in a spatially continuous, homogenous, reproducible, and data-driven framework the broad ongoing processes in the Mediterranean area, which have been already extensively identified in the literature through small-scale and scattered case studies. Nevertheless, the land use data currently available over large spatial scales are not a sufficient material to represent ongoing landscape dynamics in the Mediterranean area, particularly with respect to the agricultural dimension. An appropriate estimation of agricultural intensification should be supported by data on the inputs, the type of cultivated crops, the size of the parcel, and many more dimensions that would enable going a step further land use change, toward a land system change assessment (Verburg et al., 2013). Although some of these information have been at best modeled and gridded worldwide at reasonable spatial resolutions (the MAPSPAM Spatial Production Allocation Model5 for example), they are static and thus do not enable capturing dynamics. Furthermore, fine-grained land use data with an adequate temporal dimension are scarce and local, based on agricultural censuses that cannot be extrapolated over large areas. These data are, in particular, inexistent or inaccessible for most of the North-African, Levant and Balkan countries, where unfortunately stakes to birds are the highest. Therefore, bird monitoring protocols should systematically be accompanied with standardized, fine grained land use assessments.

We used static, large-scale distributional bird maps, which can only be stacked to assess the potential diversity of bird assemblages under strong assumptions on data quality and representativeness (Herkt et al., 2017). The absence of any temporal dimension, the coarse spatial grain, and the lack of data on the actual composition of local assemblages impair the possibility to assess the actual imprint of land use change on bird diversity, a consequence of the Wallacean shortfall outside Europe (Hortal et al., 2015). In particular, most North-African regions and vast parts of the Levant completely lack suitable surveys. Our study should thus be seen as a call for enforced effort for bird monitoring in these areas, and a guideline to target specific areas where strong land use change dynamics could alter exceptionally high levels of diversity.

Our results highlight several areas where intense land use change, toward either intensification or abandonment, may particularly threaten taxonomically or functionally diverse bird assemblages. Detecting deficiencies in bird surveys and anticipating future monitoring programs require a precise delineation of these areas, for which we suggest a few directions below. In particular, a vast species-rich area undergoes agricultural intensification in the Iberian Peninsula (southeastern Spain and the northeastern Pyrenean foothills). This area is already well surveyed by opportunistic and standardized monitoring programs, which have identified a combination of land abandonment, agricultural intensification and urbanization that triggers an overall reduction in bird diversity and biotic homogenization (Clavero and Brotons, 2010; Lasanta and Vicente-Serrano, 2012; Nainggolan et al., 2012; Sokos et al., 2013). These results should drive attention on the possibility of a similar biodiversity decrease in less-surveyed areas where we detected large clusters of agricultural intensification, which encompass the Moroccan Rif and Medium Atlas, as well as their northern lowlands in Meknes hinterland. These areas host unique bird assemblages matching continental and thermophile birds, including North African endemics (such as Levaillant’s Green Woodpecker Picus vaillantii). Unfortunately, large scale bird monitoring programs are completely lacking there, and any assessment of land use effects on birds would need to rely on sparse surveys and opportunistic data.

Conversely, the desertification process, known to be subsequent to forest clearing and overgrazing in semi-arid steppe regions of North Africa and the Middle East (Nasr, 2003; Blondel et al., 2010), was correlated more with functional diversity rather than with species richness. This overlap concerned a large slick on the Libyan and Tunisian coasts, the high plateaus of the Saharan Atlas in the center-North of Algeria and isolated places such as parts of the Moroccan Drâa River, the Northeastern Cyrenaic coast around Derna, the West Bank and Northwestern Syria. In some of these places, the semi-arid habitats undergoing desertification were located close to patches where sparse vegetation colonizes bare areas with high bird functional diversity, typically in the Algerian Saharan Atlas and in southern Morocco. The closing of semi-arid open habitats could be either the result of an abandonment of extensive pastoral practices, or of active reforestation programs aiming toward soil erosion and runoff prevention that are in progress in North Africa and the Middle East (Blondel et al., 2010; Fao and Bleu, 2018). Associations of desertification and vegetation regain were mostly located along the border between the Saharan desert and the Mediterranean biomes, which host assemblages matching desert specialists and scrub-related bird species. These patterns should therefore incite to set up long-term bird monitoring schemes in these specific locations, where unique transitional bird assemblages may be jeopardized by even small changes in vegetation structure.

The border of species’ distributions are naturally fluctuating due to demographic processes and high resource stochasticity (Sexton et al., 2009), which implies that the patterns we highlight here may not be of major concern for bird conservation unless monotonous trends of desertification and vegetation regains persist over the long term. Since the feasibility of a bird monitoring program is currently limited in much of the Saharan desert, efforts could be concentrated in southern Morocco, which is regularly visited by ornithologists. Similarly, our results show that vast extents of agricultural land abandonment in the Balkans correlate with high functional diversity areas. The abandonment of traditional land-use practices has been shown to be one of the most prevalent factors of biodiversity loss in the Mediterranean region, triggering habitat homogenization that leads to the loss of specialist open-habitat species (Sirami et al., 2006; Clavero and Brotons, 2010; Sokos et al., 2013). Land abandonment in the Balkans thus deserves specific attention since this area, which has acted as a climatic refuge in several past glaciations, is one of the main centers of European biodiversity (Griffiths et al., 2004). The biogeographic transition area located in western Turkey undergoes similar levels of land abandonment and should therefore also be subjected to closer bird monitoring.

Interestingly, species richness was opposed to all facets of functional diversity along most of the investigated land use change axes. Studies showing incongruences between taxonomic and functional diversity have warned against relying on species richness as a surrogate of all facets of biodiversity (Devictor et al., 2010; Lyashevska and Farnsworth, 2012). Our results are fully in line with the recommendation of considering simultaneously multiple taxonomic and trait-based indices (McGill et al., 2006; Cadotte et al., 2011), and add several interesting insights. Most importantly, the recurring opposition of species and functional diversity reveals that divergent land use dynamics could favor different facets of bird communities to the detriment of each other. For instance, shrub encroachment on bare lands in functionally rich bird assemblages may lead to the loss of typical desert species in northern Africa (such as several lark or wheatear species), while creating suitable conditions for generalist species (e.g., finches). This biotic homogenization dynamics is already well known in Europe and North America (La Sorte and McKinney, 2007; Le Viol et al., 2012) but has been little documented in North Africa. This lack of knowledge is specifically worrying since areas undergoing shrub encroachment are typically located at mid/high-elevations in the Atlas mountains, to which some species are restricted due to their affinities with cold climate (e.g., the North African subspecies of horned lark Eremophila alpestris atlas, del Hoyo et al., 2004). For such species, vegetation regain may inflate the effect of climate change as their altitudinal range narrows while growing vegetation decreases habitat suitability. Similar issues may arise in relation with desertification and agricultural intensification in other areas, enforcing an urgent need for monitoring programs to settle suitable actions for the preservation of these range-restricted species or taxa.

Another point to note is that all the facets of functional diversity considered in our study were associated with similar land use types, although they were only moderately correlated and were not fully congruent in space. This is likely the consequence of strong biogeographic and climatic imprints on the distribution of the species and traits we considered, which therefore implies that land use change impacts on bird assemblages could be modulated by these large-scale constraints. Consistent with this interpretation, we did not detect any residual pattern in the spatial distribution of bird-land-use correlations in models accounting for bioclimatic variables. Hence, the correlation among the diversity indices used in our study should incite to incorporate the complementary effects of climate and land-use in models predicting the composition of bird assemblages (Dale, 1997; Williams and Newbold, 2020).



CONCLUSION

Our study revealed that centers of bird diversity are located in areas subjected to strong land use changes throughout the Mediterranean basin. Two serious issues arose behind this result, which should be addressed urgently through dedicated monitoring. First, the centers of bird taxonomic and functional diversity in the basin diverge under the interacting effects of long-term anthropogenic dynamics, biogeographic heritage and climatic gradients. Furthermore, land use changes exhibit complex patterns that are not fully correlated with climate. As a consequence, we showed that the land use dynamics that may threaten taxonomic diversity differ from those that may affect functional diversity; this calls for a better integration of spatial non-stationarity in the investigation of land use change impacts on bird diversity. Second, faunistic data are deficient on wide extents of the Mediterranean basin, where ongoing anthropogenic processes could already have impacted bird assemblages. In the near-absence of surveys setting a before-impact reference, the diversity of these assemblages prior to the initiation of current land use dynamics will remain unknown. Because a systematic sampling of birds is unrealistic in most of the basin, we identified data-deficient areas where protocoled bird monitoring is both urgent and feasible. This prioritization approach, albeit suboptimum, will probably be the most efficient way to evaluate the impacts of land use change in data-deficient regions (Hortal et al., 2015).

Land use changes have been identified as a major driver of biodiversity collapse globally (Newbold, 2018). Facing this challenge, our study warns that vast extents of land are being modified at a high pace without any possibility to assess the ecological consequences. In response, the level of threat that land use change imposes on species assemblages has to be evaluated at a much finer resolution than currently available global data. Sustainable conservation responses will, in turn, directly depend on the elaboration of efficient monitoring based on this initial evaluation. We therefore hope that our study will help setting monitoring priorities for birds in the Mediterranean basin and stimulate similar approaches in other biodiversity hotspots.
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Population declines in terrestrial bird species have been reported across temperate regions in the world and are attributed to habitat loss, climate change, or other direct mortality sources. North American and European studies indicate that long-distance migrants, common species, and species associated with grasslands and agricultural lands are declining at the greatest rates. However, data from East Asia on avian population trends and associated drivers are extremely sparse. We modeled changes in occupancy of 52 common breeding landbird species in South Korea between 1997–2005 and 2013–2019. Thirty-eight percent of the species showed evidence of declines, and seven of these were declining severely (46–95%). Occupancy of Black-capped Kingfisher (Halcyon pileata) populations have dropped the most precipitously over the study period. Among declining species, long-distance migrants (9/20) and common species (14/20) showed more rapid declines than other groups. Declines of five species were associated with climate change, and two species appeared to be affected by land-cover change. However, causes of change in occupancy of other species (46/52) remains cryptic. Based on our results, we suggest an immediate re-evaluation of species’ conservation status and legal protection levels for seven severely declining species in South Korea, and a dedicated survey design and analysis effort for the continued monitoring landbird populations. Because many species exhibiting declines migrate from beyond national boundaries, international collaborations will be required to better quantify population trends across the full annual cycle, and to understand mechanisms for these declines.

Keywords: national atlas data, Asian songbird crisis, species conservation status, common bird decline, climate change, land-cover change, ricefield


INTRODUCTION

In recent decades, a rapid decline in avian biodiversity has been reported around the world. Studies from Europe (Inger et al., 2014; Gregory et al., 2019), Canada, and the United States (Rosenberg et al., 2019) show rapid and substantial declines in common and widespread species across wide geographic ranges. Habitat loss, degradation and climate change are expected to be the most substantial anthropogenic drivers of avian biodiversity loss and population declines (Thomas et al., 2004; Sekercioglu et al., 2008; Pearce-Higgins et al., 2015).

Increasing pressure on land-use from human population and economic growth constrains biodiversity conservation efforts, especially where human population density is high and economic growth has increased (Lambin and Meyfroidt, 2011; Di Marco et al., 2018). The loss of avian biodiversity in common and widespread species from land-cover and climate change can degrade ecosystem services and ecological functions provided by avifauna (Şekercioǧlu et al., 2004; Cardinale et al., 2012).

Agricultural land covers at least a third of the earth’s ice-free land area in the Anthropocene (Ramankutty et al., 2018). While the conversion of native vegetation for agricultural use (both cropland and pasture) poses a dominant threat to avian biodiversity (Gaston et al., 2003), species that are adapted to open vegetation and agricultural landscape are also declining in more populated regions of the world (Stanton et al., 2018; Reif and Hanzelka, 2020). Declines in bird populations that breed in agricultural areas are known to be related to intensive management practices such as the increase in pesticide use or loss of functional diversity from the homogenization of vegetation (Hallmann et al., 2014; Šálek et al., 2018). However, abandonment and conversion of farmlands, especially the loss of low-intensity, small scale traditional farming, has resulted in local biodiversity loss in different studies (MacDonald et al., 2000; Queiroz et al., 2014; Katayama et al., 2015).

Migratory and insectivorous species are declining in temperate regions (Sanderson et al., 2006; Bowler et al., 2019; Rushing et al., 2020). Climate and land-use change often pose greater threats to migratory species than resident species due to the potential effects of these factors on the availability of arthropod prey and thermoregulation during periods of high energy demands (Both et al., 2010; McKechnie and Wolf, 2010; Pearce-Higgins et al., 2015). Declines in the availability of invertebrate foods have been hypothesized to be related to changing thermal conditions (Lister and Garcia, 2018) and intensified land use (Sánchez-Bayo and Wyckhuys, 2019), potentially leading to the functional collapse of food webs (Hallmann et al., 2017; Seibold et al., 2019). However, these patterns have been described mainly for temperate ecosystems in North America and Europe, where there are long-term records of avian biodiversity data (Van Strien et al., 2001; Sauer et al., 2013). Many parts of the world still need systematic collection and analysis of long-term data to quantify and understand these changes (Proença et al., 2017). In East Asia, there is a long history of anthropogenic modification of landscapes through rice-paddy dominated agriculture, forest exploitation and recent recovery, and conversion of agricultural lands to urban structures (Aikens and Lee, 2013; Ramankutty et al., 2018).

Up-to-date systematic assessment of breeding land birds has been rare in this region (but see: Yamaura et al., 2009; Choi et al., 2020; Lin and Pursner, 2020) except for regional long-term waterbird monitoring (Mundkur et al., 2017; Amano et al., 2018). While declines in the global population of once-common species of buntings in Asia have recently been documented (Kamp et al., 2015; Tamada et al., 2017), the population status of most species is uncertain (Yong et al., 2015). Given past and current changes in land use (Song et al., 2018) and global climate change effects in this region (Gu et al., 2018), systematic monitoring and analysis are necessary for detecting changes which could inform conservation and management actions.

In South Korea, rice paddies have decreased by more than 33% between 1980 and 2014 (Choi et al., 2016; National Geography Information Institute, 2019). Open agricultural fields are often converted to urban land cover (125% increase between 1990 and 2010) and greenhouse facilities (85% increase between 1991 and 2012; National Geography Information Institute, 2019). Meanwhile, forest cover in Korea has remained relatively stable following a rapid increase between the 1960s and 1990s, due to intensive reforestation and forest protection efforts after the Korean War (1950–1953) (Tak et al., 2007; Bae et al., 2012). If occupancy trends are a function of habitat loss and degradation, we predicted that these changes (Figures 1B–D) in land use and climate should be associated with large-scale changes in the occupancy of breeding landbird populations in South Korea. More specifically, we expected that occupancy of species that use forest and urban areas as breeding habitat should be stable or increasing. However, species that rely on agricultural ecosystems should have declined, especially those associated with rice paddies. Migratory species that have been affected by climate change and land-use change across their migratory cycle may have been declined more severely. Based on previous studies and recent environmental changes in Korea, we suspected that there could be substantial declines in breeding populations of many species, that would be reflected in the estimated occupancy dynamics.
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FIGURE 1. (A) Distribution of sampling units across South Korea. The sampling units are aggregated grids that match the spatial extent of the 1997–2005 survey units. (B) Differences in land-cover area per sampling unit between two periods. (C) Differences in average May-June precipitation and (D) daily maximum temperatures per each sampling unit.


We used the South Korean national bird survey data to model the broad-scale occupancy trends of 52 breeding landbird species between two survey periods (1997–2005 and 2013–2019). We also tested whether land-cover and climate change, as well as species’ ecological traits, could explain inter-species variation in trends. To our knowledge, this is the first comprehensive multi-taxa analysis of long-term avian occupancy dynamics for the breeding landbird populations in East Asia.



MATERIALS AND METHODS


Korean Bird Atlas Data, Species Criteria, and Spatial Units

The National Natural Environment Survey (NES) in South Korea is one of the first systematic and legally binding nationwide surveys that included terrestrial avifauna (National Institute of Ecology, 2017; Choi et al., 2020). The first survey started in the late 1980s, reporting checklists for species occurrence on a broad provincial scale, without recording the search effort (time and space) or consistency in survey methods. Such a lack of baseline information poses substantial challenges for data analysis. The second survey phase (1997–2005) covered all of South Korea. In this phase, the field surveys were conducted in watershed-based survey units with streams, coastlines, and drainage divide lines separating the sampling units in different sizes and shapes (National Institute of Ecology, 2017). For the 1997–2005 period, experts in field ornithology were selected from universities and other institutions; for more recent surveys, members of public who are certified through the Korean Ministry of Environment (K-MOE)’s training program were included in the surveyor pool (Kim et al., 2013). Surveyors were asked to visit and record species, breeding status (in categories), environment and their relative abundance based on repeated visits in different seasons to reflect breeding and migration periods. Each surveyor group was assigned to multiple adjacent units and reported a list of birds observed from each of these watershed-based units. However, some survey reports did not provide explicit lists for each unit and instead, reported a combined list for all units they surveyed. We excluded these lists from the analysis. Even with multiple visits, the published data were combined in a single table for each unit, making NES a single-visit, atlas-type survey for the 1997–2005 period. For the third (2006–2013) and fourth survey (2014–2019) phases, sampling units were set to rectangular plots with nine grid cells of 994 national reference maps (at a scale of 1:25,000; 2′3″ × 2′3″ grids in latitude and longitude) across South Korea (National Institute of Ecology, 2017). Survey reports from this period provide date of each observation, but do not provide exact survey duration or time of observation.

However, the number of “visits” were reported for each grid (post-2006) or survey units (pre-2006), and we used this information as a measure of relative effort. Each visit consists of a set of consecutive days or number of visits described by the surveyors. Two observers were assigned for each survey unit, where they conducted surveys on roadsides or well-established hiking trails. We reviewed and compiled bird survey reports from 1997–2005 to 2013–2019 (hereafter survey periods). And extracted bird lists for the smallest spatial units and gleaned information on the number of visits per species list. We selected most recent round of surveys (2013–2019) and earliest period (1997–2005) that cover the study area twice. Survey reports are available from the K-MOE Digital Library1, in Korean. We supplemented missing survey data in 2014–2019 from 2013 to provide better spatial coverage. For selecting breeding records of earlier (1997–2005) survey data, we used the information from the reports to filter out non-breeding records, using breeding status, list of survey dates, and survey environment. The data from the later periods came with dates of observation, so we selected all records from April to August, a period that represents the general breeding season in south Korea for our target species. Next, we removed all waterbird species that are covered in the Asian Waterbird Census (Mundkur et al., 2017) and removed rare and localized species that only occur in limited habitats (i.e., coastal islands, subalpine zones). We also excluded species pairs that can be easily misidentified species (i.e., Bush Warblers; Horornis diphone / Horornis canturians complex) and nocturnal species (owls and nightjars; order Strigiformes and Caprimulgiformes). Since having no false-positive identification is one of the most important assumptions in occupancy models (MacKenzie et al., 2002), we carefully removed species that are prone to misidentification. By excluding rarer species and only including conspicuous species that can be detected and identified easily with sound and sight, we tried to avoid the violation of this key assumption. Lastly, we removed species with <10% occurrence on all sites in both survey periods. We selected all migratory bird species (41 species) and an additional 11 species of selected sedentary passerine species from what remains from the above filtering process, leaving a total of 52 species for the analysis (Supplementary Table 1). We did not include woodpeckers as the primarily road-side survey design was not appropriate for these taxa that mainly use the forest interior and are under-detected in passive counts (Warren et al., 2005; Kumar and Singh, 2010; Saracco et al., 2011). Among the species selected, three species (Oriental Turtle Dove Streptopelia orientalis, Eurasian Magpie Pica pica, and Large-billed Crow Corvus macrorynchos) are game animals in South Korea; however, we did not consider the impact of direct human-induced mortality such as legal or illegal hunting on landbirds in this study, because the bird harvest, persecution, and poaching activities are believed to have been well-controlled in South Korea since the 1990s (Choi and Nam, 2020).

Because the spatial extent and grain size of each survey unit in the early surveys (1997–2005) do not match with the later years (2013–2019), we aggregated survey units in later years to the earlier survey period’s spatial scale. To achieve this spatial matching, we overlaid the rectangular plots from the third and fourth phase on the second phase survey units, thereby creating a new sampling unit (hereafter “sampling unit”; aggregation of 1–43 third/fourth phase plots to second phase survey units, mean area = 13,840 hectares and standard deviation = 7,086 hectares). Whenever there was a grid unit from a later period that crossed the boundaries of an earlier period’s survey unit, we used the preponderance of area included in each grid as a criterion for aggregation. Because the grids from 2013 to 2019 are fairly large, the boundaries did not match perfectly. This spatial error may introduce errors in parameter estimates, but it should not have a systematic bias, as the process is basically converting vector sampling units into raster cells. We selected survey units that had surveys from both periods (1997–2005 and 2013–2019), but excluded survey reports that did not provide the number of visits for sampling units for each survey period. Following these data filters, we obtained 464 sample units for both periods for use in our analysis (Figure 1A).

We reviewed species accounts (Gore and Won, 1971; Billerman et al., 2020) to classify each species into simple categories based on their breeding season diet (arthropod, vertebrate, and others), general habitat association (i.e., farmland and forests), and migratory behavior (i.e., sedentary, short-distance migrant, long-distant migrant). Most species were assigned to the arthropod diet group or the vertebrate group diet. We classified crow and magpies into the vertebrate diet group together with raptors, shrikes and kingfishers, and two remaining dove and grouse species into the “others” category (Supplementary Table 1). Given the lack of definite classification in this region, we considered short-distance migrants as those species that are partial migrants or migrating within Korea, Japan, and East China, whereas long-distance migrants were those that winter in tropical climate zones in Southeast Asia, South Asia, and South Africa (Supplementary Table 1).



Environmental Covariates: Land Use and Cover, Topography and Climate Data

We obtained land-use and cover maps produced by the Korean Ministry of Environment for the 1997–2000 period (classified from 5-m resolution imagery) and 2018 (classified from 1-m resolution imagery) from Environmental Geographic Information Services2 and used these to assess land-use and cover amounts in each period. As two maps were created from satellite imagery with different resolutions, we rasterized the provided vector maps to 30-m resolution for final use. We grouped detailed land-use and cover classes to four general land-cover variables. We reclassified all roads, buildings, other built structures, and landscaped artificial green spaces into “urban,” all dry, non-rice open agricultural lands to “dry-field,” all forest types to “forest,” and all rice paddies to “ricefield.” We then extracted the area of each variable per survey unit for both survey periods (Figure 1). We used historical monthly climate data for South Korea from CRU-TS 4.03 (Harris et al., 2014), downscaled in WorldClim 2.1 (Fick and Hijmans, 2017). We chose two climate covariates, breeding season (May-June) average daily maximum temperatures and cumulative precipitation for the same period, matching each survey unit’s survey years. We then extracted the average values per each survey unit from summarized 1-km resolution raster datasets of two variables. Also, elevation and topographic roughness indices were extracted from a 10-m resolution digital elevation model. All covariates were standardized with mean and variance (average is set to zero) for the model fitting. No pairwise relationships between covariates showed a high level of correlation (r < 0.70). We prepared all environmental covariate data using the following R packages: “raster” (Hijmans, 2020), “exactextractr” (Baston, 2020), “sf” (Pebesma, 2018), and “dplyr” (Wickham et al., 2020).



Modeling Changes in Bird Occurrences

We modeled bird occurrences and dynamics between two survey periods (1997–2005 and 2013–2019) in our study area using the single-visit dynamic occupancy model approach (Peach et al., 2017). This approach uses an effort variable to estimate detection probability instead of repeated observation data in robust multiple-visit surveys (MacKenzie et al., 2003). This allowed us to model each bird species occurrence while accounting for imperfect detection in bird survey data with no repeated visits (Lele et al., 2012). The model uses the combined probability of detection (Pi,j*) for detection probability given the species is present (pi,j) at each observation per site j and season i, for unit effort (Ei,j) and covariates (x1…x1 + k) with intercept (β0) and coefficients β1 + k for each x1+k covariates. We modeled each survey period’s detection probability independently as two separate sub-models (p1j, and p2j), each with separate intercepts. For the effort variable, we used the number of visits to each sampling unit.
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Dynamic occupancy models explicitly model initial occupancy (ψ1,j) and two dynamic parameters, the probability of colonization (γi,j) and probability of extinction (εi,j) at each site j, and primary periods i, while accounting for imperfect detection by adjusting observational data with estimated detection probability (MacKenzie et al., 2003). Note that since we have two primary periods (1997–2005 and 2013–2019), one parameter will be estimated per site for each probability of colonization and extinction.
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The initial occupancy model for each species includes the land-cover area variables of the first period (cover type_t1), breeding season average daily maximum temperatures (tmax_t1), and precipitation of the first period (precip_t1). The land-cover variables included land-cover types of forest, dry-field, ricefield, and urban cover, as described above. Two dynamic parameters (probability of colonization: γj and the probability of extinction: εj) were modeled with the land-cover change variables and climate change variables. We defined land-cover as both proportional change in land cover between two periods and the remaining amount of land-cover at the second survey period. To incorporate this definition, we included both land-cover area the second period (land-cover area; cover type_t2), and their % change from the first period (land-cover change; cover type_d) per each land-cover type. For climate variables, we used the difference between two periods (precip_d, tmax_d) for dynamic parameter submodels. Because our sampling units are not homogenous in size and shape, we always included the land-cover area variable and land-cover change variable of each land-cover type together as a pair for dynamic parameter models (Supplementary Materials S2). By using this approach, we intended to reflect the overall land-cover type change, including both the retained amount of land-cover type after the change and the magnitude of land-cover change between the two periods. The detection probability sub-models included the sampling unit area, elevation, and terrain roughness index (TRI; Wilson et al., 2007) as covariates, accounting for accessibility and spatial extent of each sampling unit.

We built 64 candidate model sets for the probability of colonization, extinction, and initial occupancy, and eight candidate models for each detection probability models with these covariates. We fit models using maximum likelihood and selected the best subset using Akaike’s Information Criteria (AIC) and evidence ratios for inference (Burnham and Anderson, 2004). Instead of comparing the full combination of these sub-models sets, which would result in more than 16.7 million (643×82) possible models, we used a “secondary candidate set strategy” described by Morin et al. (2020). This ad hoc model selection strategy selects the best model sets for multilevel models in two stages of model selection. In the first stage, the candidate sets for each sub-models (ψ1,j, γi,j,εi,j,p1,j and p2,j) are fitted with all candidate target sub-model structures while non-target sub-models (e.g., first fitting and finding first stage candidate sets of initial occupancy while holding all other sub-model structure to most general model). We then established a secondary model set using the selected model sets from the first step that had ΔAIC < 5. Secondary model set included all possible combinations of sub-models selected from the first step. We used evidence ratios (ER) for model selection criteria for this secondary set evaluation, accepting models with a likelihood of support (ER) of 0.5 (<2 evidence ratio) than the best model. This approach is computationally efficient (208 models per species for first stage per each species) while giving comparable results to the “all-plausible combinations” approach (Morin et al., 2020).

Occupancy is often used as a surrogate for abundance (MacKenzie and Nichols, 2004) and tends to be positively correlated with abundance (Strayer, 1999; Gaston et al., 2000; Zuckerberg et al., 2009). Thus, we used our estimates on occupancy and occupancy trends as a proxy for population changes in each species (Steenweg et al., 2018). The correlation between occupancy and population size is imperfect and scale dependent. This is partly due to inter-species variation in home range sizes (Steenweg et al., 2018). In the case of the NES, the size of sampling unit varied over time, which likely further complicated the relationship between abundance and occupancy. Nevertheless, spatial matching of two surveys allowed us to infer the magnitude of change in occupancy between two periods across the study area (Zuckerberg et al., 2009). As our main interest was in identifying changes in occurrences that reflect trends in populations across South Korea, we derived mean occupancy in the second survey period (2013–2019) for each species (ψt = 2), and mean trend parameter (rate of change in occupancy; λ = ψt = 2/ψt = 1). We used parametric bootstrapping (bootstrap sample size n = 1,000) to provide uncertainty measures for all parameter estimates. We conducted goodness-of-fit tests for final models following MacKenzie and Bailey (2004) using Pearson’s Chi-square statistics to check the fit of the selected models. Bootstrap goodness of fit using Pearson’s Chi-square confirmed acceptable fit of all models from the final set (p > 0.58; Supplementary Table 2), though for species with very high or low prevalence, the overdispersion parameter ([image: image]) was very low (<0.1). We also assessed for agreement within each species’ model sets by visually assessing bootstrapped distributions and departures from the maximum likelihood estimates. With the final set of the model, we inferred each parameter from pooled bootstrapped parameters for evaluating each species trend, using confidence intervals (95% for strong evidence and 90% for moderate evidence). We considered a species’ trend parameter (λ) to support a statistically significant decline if the upper confidence interval was below 1, and an increase when the lower confidence interval was above 1. For all species’ model sets, we examined the effect of each land-cover change and climate change covariate using bootstrapped 95% confidence intervals of beta coefficients for these model terms in the dynamic parameter sub-models. We combined beta coefficients of land-cover area covariates for the 2013–2019 survey period (cover type_t2) and land-cover change covariate (cover type_d) to estimate the overall effect of the land-cover change on dynamic parameters. Single-visit dynamic occupancy models were fitted using the “optim” function in the base package of R, with the Newton-Raphson algorithm (“BFGS”; Nash, 1990; R Core Team, 2020). The code for specifying the maximum likelihood of single-visit occupancy models was modified from Peach et al. (2017, 2019).



Trait Group and Species Status Analysis

We estimated the magnitude of change in declining species for each ecological trait group and initial occurrence level (using the median of initial predicted occupancy = 0.63 as a cutoff for common versus uncommon species) to characterize ecological traits associated with declining species. We used linear mixed model analysis of variance to compare the differences between the probability of occupancy of 1997–2005 and 2013–2019 (Δψ = ψt = 2−ψt = 1). We used bootstrapped estimates of the Δψ to account for uncertainty in each point estimate. The model was specified with “species” as a random effect and each ecological trait (i.e., migratory behavior, diet, habitat association, and their initial abundance) as fixed effects. We conducted post hoc pairwise comparisons for the trait groups with some evidence of differences from Analysis of Variance. Alpha level was adjusted for multiple comparisons using the Tukey method. We estimated marginal means for each trait groups and plotted them to show differences among categories within each trait group. We fitted generalized linear models using package “lme4” (Bates et al., 2015) with the default maximum likelihood estimation option. Pairwise comparisons and estimation of marginal means were conducted using R package “emmeans” (Lenth, 2020).

Lastly, we used IUCN’s red list criteria (IUCN Standards and Petitions Subcommittee, 2016) to evaluate the status of declining birds for the national level and compared these with multiple conservation status assessments, including the current IUCN Red List (IUCN, 2020), a current national red list prepared by the Korean Ministry of Environment (Suh et al., 2014). We also compared avian conservation status with legal protection status based on the “Wildlife Protection and Management Act (Act No. 15835)” and “Cultural Heritage Protection Act (Act No. 15827)” (Korea Legislation Research Institute, 2020). The former act mandates the legal protection of endangered species listed by the K-MoE, and the latter protects species that are listed as “natural monuments.”

We used program R version 4.0.2 (R Core Team, 2020) for all statistical analyses.



RESULTS

We selected 89 final sets of plausible models for all 52 species from the model selection procedure (Supplementary Table 2). Twenty species of the 52 that met our criteria for inclusion (38.4%) showed moderate levels of evidence for declining trends in occupancy, ten species (19.2%) increased during the study period, and for the remainder we did not detect statistically significant occupancy changes (Figure 2). Brown-eared Bulbuls (Hypsipetes amaurotis), Chinese Sparrowhawk (Accipiter soloensis), Daurian Redstart (Phoenicurus auroreus), Japanese Wagtail (Motacilla grandis), and Northern Hawk Cuckoos (Hierococcyx hyperythrus) exhibited moderate evidence for declines. The remaining 22 species showed no evidence of change or remained stable during the study period (Supplementary Table 4 and Figure 2). Most of these declining species (15 species) had initial occupancies over 50% across the study area in 1997–2005, while the other five species (Yellow-rumped Flycatcher Ficedula zanthopygia, Ruddy Kingfisher Halcyon coromanda, Northern Hawk-Cuckoo, Lesser Cuckoo Cuculus poliocephalus, Brown Shrike Lanius cristatus) were less common than others. The magnitude of change varied greatly among these declining common species, from a 3% decline in Brown-eared Bulbuls to a drastic, 95% decline in Black-capped Kingfishers (Halcyon pileata). The probabilities of occupancy of all five less common declining species declined more than 50% between the two survey periods. Increasing species had moderate levels of initial occupancy overall (<80%) and increased from 4% (Bull-headed Shrike Lanius bucephalus, White’s Thrush Zoothera aurea) to 81% in the Large-billed Crow. The distributions for each species’ parameter estimates are provided in the Supplementary Materials (Supplementary Figures 1–4).
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FIGURE 2. Distribution of bootstrapped parameter estimates of the probability of occupancy (occurrence) of each species in 1997–2005 (dotted line) and 2013–2019 (solid line) period and rate of change between the two periods. Species are ordered by the magnitude of change from low to high. Each density distribution can be used to understand the uncertainty of estimates (more uncertainty when it is flat and wide, for average occupancies and trend parameters). Note that the rate of change is log-transformed with two base. Thus, one unit change refers to a two-fold change in the probability of occupancy.


From 89 selected models for all species, only 31 models for 12 species retained local extinction covariates in the models, and 44 models for 16 species retained local colonization covariates. For two species, Chinese Sparrowhawk and Eurasian Hoopoe (Upupa epops), landscapes with increased amounts of ricefields and forest, and the remaining amount of each land cover types, respectively, had the lowest rates of local extinction. The other four species’ (Gray Starling Spodiopsar cineraceus, Red-rumped Swallow Cecropis daurica, Eurasian Kestrel Falco tinnunculus, and Hazel Grouse Tetrastes bonasia) colonization probabilities were related to changes in breeding season mean daily maximum temperatures and change in breeding season precipitation. Precipitation effects on colonization were species-dependent, with rainfall having a positive effect on Eurasian Hoopoe colonization, and a negative effect for Hazel Grouse. Aside from these six species, however, most species’ change in occupancy was not explained by land-cover and climate covariates (Figure 3).
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FIGURE 3. Effects of landscape and climate covariates on dynamic parameters. Mean and confidence interval (95%) above 0.5 indicate an increase in the probability of colonization and extinction per unit increase in covariate, and values below 0.5 indicate a decrease in colonization and extinction per unit change in each covariate.


Migratory behavior was a marginal predictor of species’ declines (F2,13 = 3.006, p = 0.084) (Figure 4 and Supplementary Table 3). We found greater support for initial occurrence as a predictor of avian occupancy declines (F1,13 = 4.7340, p = 0.048), but we did not detect evidence for differences in diet nor habitat groups (p > 0.70). Long-distance migrants (9 species; marginal mean = −0.208, CI = −0.388 – −0.048) have declined more severely than short-distant migrants (DF = 13, t = −2.285, p = 0.094), but we found no evidence for differences between sedentary species and long-distance migrants (DF = 13, t = −1.801, p = 0.208), or sedentary species and short-distance migrants (DF = 13, t = 0.598, p = 0.824). Common species (initial occupancy > 0.63; 14 species, marginal mean = −0.1760, CI = −0.319 – −0.033) suffered greater magnitudes of decline compared to less common species (DF = 13, t = −2.176, p = 0.049). We did not find any statistical support for differences among habitat groups or dietary traits (Figure 4).
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FIGURE 4. Each trait group’s marginal means and confidence intervals (Tukey-adjusted significance level) for the difference in occupancy between 1997–2005 and 2013–2019 (Δψ = ψt = 2−ψt = 1) in declining species (20 species) in this study. Numbers in the y-axis label indicate the number of species per each group.


From our review of the IUCN Red List and the South Korean Red List, we learned that 14 species out of 20 species that were declining our study have no quantitative support for their population trend statements (Table 1), even though the IUCN red list describes “trend unknown” for only one species (Gray Starling). Seven declining species are eligible for threatened categories (Endangered and Critically Endangered) at the national level when we apply IUCN’s criteria to our findings. Black-capped Kingfisher, which declined 95%, is eligible for Critically Endangered, and other six species (Brown Shrike, Japanese Wagtail Motacilla grandis, Lesser Cuckoo, Northern Hawk-Cuckoo, Ruddy Kingfisher, and Yellow-rumped Flycatcher) are eligible for the Endangered category at the national level based on A2 criteria in IUCN guidelines (population decline with the source of threat unidentified nor ceased). However, the current South Korean Red List published by the K-MoE has classified only the Chinese Sparrowhawk in the Vulnerable category, based on the D1 criteria (abundance less than 1,000 individuals). No species on our list were classified as threatened in the IUCN’s global Red List. Among declining species from our study, only two species are legally protected in South Korea as endangered species class II (Chinese Sparrowhawk) and natural monument (Lesser Cuckoo and Chinese Sparrowhawk).


TABLE 1. Comparison of current species status assessments and re-evaluation of national level species status for declining species in this study.
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DISCUSSION

While occupancy estimates for 32 species were stable or increasing, about 38% of the species (20/52) we examined were declining, and the majority of those species were common (14/20) or migratory (14/20) species. For species that have a small breeding range in East Asia, such as Yellow-rumped Flycatcher, Japanese Wagtail, and Northern Hawk Cuckoos, our trends could reflect a high proportion of global population trends for these species. The general pattern of decline in South Korea follows similar studies in Europe (Inger et al., 2014; Gregory et al., 2019) and North America (Rosenberg et al., 2019), where common and widespread breeding bird species have declined rapidly in recent decades. In East Asia, studies of Japanese breeding bird data (Yamaura et al., 2009) using unadjusted encounter data have found similar results. The relationship between environmental drivers and dynamic parameters was cryptic for many species; few of the land-use or climate variables we identified were predictive of occupancy trends. This leaves us without clear suggestions as to the primary drivers of breeding bird declines in South Korea, despite apparent declines in 20 species.

The declines of common birds are a serious concern because similar percentage occupancy losses in these species equates to many more individual birds (and even higher losses to avian biomass) than declines in rare species (Gaston et al., 2018). Such species are much more likely to contribute to ecosystem processes and services (Smith and Knapp, 2003; Maas et al., 2016). For example, breeding landbird populations may play a key role as keystone predators of arthropod communities and populations (Terborgh, 2015; Nyffeler et al., 2018). In addition to their roles in trophic interactions, some of these declining common species are also known to provide other ecosystem services and functions such as seed dispersal (Brown-eared Bulbuls; Fukui, 1995; Kim et al., 2015) and scavenging (Eurasian Magpies; Inger et al., 2016). Thus, the observed decline of once-common breeding landbirds in this study suggests associated changes in the bird-related communities, ecosystem services, and functions in the study area.

Migratory species, especially long-distance migrants, have suffered greater declines between the 1997–2005 and 2013–2019 periods. Our results agree with the general patterns of sharper declines in long-distance migrants from studies in North America and Europe (Vickery et al., 2014; Rosenberg et al., 2019), as well as with long-distance migrant declines in Japanese breeding birds (Amano and Yamaura, 2007; Yamaura et al., 2009). Migratory bird species are affected by climate change and habitat losses across separate breeding, migration and wintering locations (Buehler and Piersma, 2008; Reudink et al., 2009; Faaborg et al., 2010), which amplifies the potential exposure to these and other stressors. For example, two declining species from our study, Common and Lesser Cuckoos, are extreme long-distance migrants – wintering in Africa and India (Erritzøe et al., 2012). Previous studies suggest that these cuckoo species are known to be exposed to threats on the non-breeding grounds and climate change-driven phenological mismatches with their host species on the breeding grounds (Saino et al., 2009; Hewson et al., 2016; Yun et al., 2020). These species and other declining long-distance migrants that winter in Southeast Asia also face stressors from similar sources.

We found that all four species with significant changes in the probability of colonization were affected by climate; both temperature and precipitation in May and June were the most common drivers of dynamic processes of bird occurrence change in our study. Three species had positive effects of climate variables on colonization probability, including breeding season maximum temperature (Eurasian Kestrel, Gray Starting) and increased precipitation (Eurasian Hoopoe). These three species are all short-distance migrants, which have previously been shown to respond more rapidly to changing climate, and are capable of adjusting migration and breeding phenology more effectively than long-distance migrants (Yamaura et al., 2009; Ollerton et al., 2011). Thus, we speculate that these species have potential to colonize vacant habitat as the climate changes. Eurasian Kestrels in Northern Europe have expanded their range and had greater breeding success as spring temperature have increased (Elmhagen et al., 2015; Huchler et al., 2020). Gray Starlings and Eurasian Hoopoe forage on the ground (Joo et al., 2016; Plard et al., 2020), and warmer temperatures and increased precipitation could lead to increased prey availability in agricultural landscapes (Arlettaz et al., 2010; Plard et al., 2020). In general, precipitation during the breeding season is decreasing in Korea (Figure 1C), so any positive effects of precipitation on the probability of colonization by Eurasian Hoopoes may not be widely observed across South Korea. On the other hand, the only species that showed strong evidence for negative effects of warming and increased precipitation colonization was Hazel Grouse. Hazel Grouse is a strictly sedentary species with limited dispersal capacity (Åberg et al., 1995) and a narrow dietary niche. Studies from Europe found that increased precipitation and temperature during the chick-rearing period had negative effects on chick survival (Klaus, 2007). In Galliform birds that have precocial chicks, local climatic conditions, especially precipitation, negatively affect the growth and survival of chicks and population expansion (Viterbi et al., 2015; Terhune et al., 2019). However, it is unclear whether temperature effects in our study were due to challenges associated with thermoregulation (Sunday et al., 2012), the indirect effects of climate change on trophic relationships (Both et al., 2006; Miller-Rushing et al., 2010), or alternative mechanisms. Given neither hunting or poaching have been reported for this species in South Korea, overexploitation can likely be excluded as a cause. Instead, small-scale and subtle habitat changes or food resources that are not afforded by the spatial scale of our study may be implicated.

Three species had estimates for local extinction that were influenced by land-cover and climate covariates. Chinese Sparrowhawks almost exclusively forage in shallow freshwater wetlands, especially ricefields surrounded by forests (Kwon and Won, 1975; Choi et al., 2012), and Eurasian Hoopoes also prefer forest edges (Tagmann-Ioset et al., 2012); the covariates on extinction probabilities reflected these associations. Indeed, declines in Chinese Sparrowhawks are likely explained by increased local extinction rates in the many areas where ricefields are being lost (Figures 2, 3). However, it is unclear why Red-rumped Swallows show reduced extinction probabilities in areas that warmed during the study period. We speculate that warming spring temperatures could have advanced the emergence of prey species for these swallows, increasing the availability of prey population temporally (Jonsson et al., 2015; Anderson et al., 2019), which could affect colonization of this declining species.

Given that we were only able to detect changes in occupancy with low sensitivity over large sample units, our findings are likely a conservative estimate of the proportion of species in decline and the magnitude of those declines (Strayer, 1999). Decreases in occupancy could only be observed in our study if complete local extinction occurred within a sample unit, so more subtle declines have been obscured. However, our proxy of population decline should be understood with caution when exact changes in abundance are needed, as the relationship between occupancy and abundance can vary among each species and for the density of individuals (Strayer, 1999; Steenweg et al., 2018). In addition, detailed information with diverse environmental metrics, such as vegetation composition, vegetation structure, soil conditions, and riparian management, would greatly improve explanatory climate and land-cover variables we used to model dynamic parameters. Our sampling units may partially obscure associations with these drivers; land-cover variables in our study only quantify relatively broad-scale changes and may not adequately describe specific habitat requirements for these species (Betts et al., 2014). Future analyses at finer scales of analysis will be possible as data from fine-resolution survey units that have been accumulating since 2006. Also unlike our analysis, exactly matching sampling units in future sampling may improve the precision of the estimates, and enable estimation of abundance-occupancy relationships in survey units (Steenweg et al., 2018).

For example, our results indicate that Black-capped Kingfishers have declined severely in South Korea (a 95% reduction in occupancy), which meets the criteria for inclusion as a nationally critically endangered species. This species almost entirely nests in excavated cavities in riverbanks and exposed soils on the hillside, but in the past two decades, intensive riparian management throughout all rivers and streams were conducted for flood management, agricultural irrigation improvement, and as an economic boost (Normile, 2010; Woo, 2010). These projects have removed exposed riverbanks in almost every corner of lowland riparian areas, hardening the riverbanks and altering the flow, removing shallow wetlands on the sides of the rivers and creating deeper channels (Im et al., 2020). Loss of both foraging and nesting habitats for this kingfisher species is potentially related to the drastic decline in their breeding population in South Korea, yet their non-breeding period stressors or even their migration connectivity to wintering grounds have not been identified. To understand better the causes of population decline, it will be critical to understand both the migration ecology and fine-scale habitat requirements of this species.

In addition, the apparent weak effects of land-cover and climate on species’ population changes (i.e., extinction and colonization rates) could be due to the presence of other unmeasured stressors. For instance, many declining migratory species spend most of their annual cycle outside their breeding ranges in South Korea. Clearly, we were unable to test for these migration and wintering-ground stressors in our analysis. Understanding demographic processes throughout the full annual life cycle in migratory species is essential for the conservation of migratory species (Marra et al., 2015). For example, direct mortality sources (Loss et al., 2012) are not incorporated into our models. Direct mortality from collision (Bing et al., 2012; Low et al., 2017), poisoning from pesticides and pollutants (Kim et al., 2016; Barghi et al., 2018), and illegal trapping and consumption (Kamp et al., 2015; Yong et al., 2015) are reported in the region, and are possible cause of declines of these species. These sources of direct mortality, in addition to habitat loss and degradation from land-use change are still major threats on the breeding grounds in South Korea and non-breeding grounds.

Obtaining better knowledge of each species’ population trends and potential causes are the first critical steps for biodiversity conservation. Based on our review of the conservation and legal protection status of declining landbird species (Table 1), it is clear that information was lacking for both national and international species status classifications. We recommend that at least seven species from our declining species list should have immediate status re-evaluation and appropriate conservation action to identify and protect remaining breeding habitats. This should be followed by the assessment of major threats, close monitoring of demographic rates, and identification of primary migration routes and key sites for the implementation of conservation measures (McComb et al., 2010). We strongly suggest the development of a transparent and robust plan for monitoring avian biodiversity. Point counts (Ralph et al., 1995), or constant effort surveys, accompanied by explicit recording and documentation of effort and key variables that affect bird detections will greatly improve our ability to infer on bird population changes (MacKenzie and Royle, 2005). Based on our results, we recommend more detailed follow-up studies on individual species as well as the creation and implementation of conservation plans in near the future.

Our study’s scope is limited to common and widespread breeding landbird species occurring at relatively low elevations, and specifically the areas where road systems provided access. Even though such surveys are efficient, they are well known to poorly represent the status of bird species that are associated with less accessible habitats (Betts et al., 2007; Harris and Haskell, 2007). Due to the NES’s survey protocol, we were not able to incorporate montane forest species, subalpine species, or forest interior species. To overcome this limit we suggest a long-term monitoring plan for this specific stratum of avian habitat in South Korea, which covers more than two thirds of the country.

The current focus on the “Asian Songbird Crisis” tends to be trapping for the cagebird trade in Southeast Asia (Marshall et al., 2020). However, widespread threats such as habitat loss and degradation, as well as climate change across the wintering grounds could be the hidden drivers of population declines in temperate-breeding migratory species that migrate through or winter in tropical regions of the East Asian Flyway (Yong et al., 2015). Without an effort to collect robust information that supports conservation actions, loss of landbird populations and their diversity could pass unnoticed. Even though some recent studies reported changes in avian biodiversity from this region (Amano and Yamaura, 2007; Ko et al., 2014; Tamada et al., 2017; Choi et al., 2020), it still remains a small portion compared to the breeding and wintering range of landbirds in East Asia.
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Globally, birds have been shown to respond to climate change by shifting their elevational distributions. This phenomenon is especially prevalent in the tropics, where elevational gradients are often hotspots of diversity and endemism. Empirical evidence has suggested that elevational range shifts are far from uniform across species, varying greatly in the direction (upslope vs. downslope) and rate of change (speed of elevational shift). However, little is known about the drivers of these variable responses to climate change, limiting our ability to accurately project changes in the future. Here, we compile empirical estimates of elevational shift rates (m/yr) for 421 bird species from eight study sites across the tropics. On average, species shifted their mean elevations upslope by 1.63 ± 0.30 m/yr, their upper limits by 1.62 m ± 0.38 m/yr, and their lower limits by 2.81 ± 0.42 m/yr. Upslope shift rates increased in smaller-bodied, less territorial species, whereas larger species were more likely to shift downslope. When considering absolute shift rates, rates were fastest for species with high dispersal ability, low foraging strata, and wide elevational ranges. Our results indicate that elevational shift rates are associated with species’ traits, particularly body size, dispersal ability, and territoriality. However, these effects vary substantially across sites, suggesting that responses of tropical montane bird communities to climate change are complex and best predicted within the local or regional context.
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INTRODUCTION

Both biodiversity and endemism are associated with elevational gradients in the tropics (Myers et al., 2000; Orme et al., 2005; Quintero and Jetz, 2018). Topographic complexity and steep climatic gradients (Rahbek et al., 2019b) coupled with dynamic orogenic and climatic histories have promoted high diversity (Rahbek et al., 2019a), high species turnover (Jankowski et al., 2013; McFadden et al., 2019), and high levels of ecological specialization (Salisbury et al., 2012) in tropical mountains. Climate change imperils many species that inhabit narrow elevational gradients (Şekercioǧlu et al., 2008), threatening to reduce their elevational ranges and eventually drive them to extirpation or extinction (Pounds et al., 1999; Freeman et al., 2018a, b). Despite this threat, the responses of tropical montane species to climate change vary substantially, but the ecological drivers of this variation remain unresolved.

Among animals, elevational shifts have been most widely documented in birds, with studies across the tropics revealing consistent upslope movements in bird communities (Freeman and Class Freeman, 2014; Freeman et al., 2018b; Neate-Clegg et al., 2018, 2020b). Yet, despite the prevalence of these elevational shifts, there is significant variation in the rate at which species have shifted between regions and between species (Freeman et al., 2018a; Mamantov et al., 2021). The overall shift rates generally lag behind those expected based on the local temperature increase and lapse rate (Forero-Medina et al., 2011b). Moreover, while most species tend to shift upslope as predicted, between a third and a fifth of species shift downslope (Forero-Medina et al., 2011b; Freeman and Class Freeman, 2014; Freeman et al., 2018b; Mamantov et al., 2021). Such variation suggests that elevational shifts are complex and site or species-specific (Fadrique et al., 2018), and that species are not simply tracking shifting climate envelopes.

Increased temperature has been predicted to drive the elevational distributions of montane species higher as they track their preferred thermal envelopes and corresponding vegetation upslope (Şekercioǧlu et al., 2008; La Sorte and Jetz, 2010). However, contemporary research has suggested that a suite of biotic and abiotic variables – either alone, or in combination – determine species’ elevational ranges (Jankowski et al., 2012). For example, abiotic variables such as precipitation can be an important driver of the elevational ranges of birds (Gasner et al., 2010; McCain and Colwell, 2011; Tingley et al., 2012; Boyle et al., 2020; Neate-Clegg et al., 2020b). However, the mechanisms by which abiotic variables constrain species distributions are not necessarily direct (Jankowski et al., 2012; Lister and Garcia, 2018), especially in endotherms (Aragón et al., 2010). Indeed, evidence for the direct role of temperature in placing physiological constraints on the elevational ranges of tropical birds appears to be weak (Freeman, 2016; Londońo et al., 2017) in comparison to the role of indirect biotic factors such as resource availability (Schumm et al., 2020), habitat (Jankowski et al., 2013; Elsen et al., 2017), competition (Jankowski et al., 2010; Freeman et al., 2019), interactions with natural enemies (Paxton et al., 2016), or combinations of these factors (Srinivasan et al., 2018; Jones et al., 2019). Thus, because of the multitude of ways that abiotic and biotic factors drive species elevational distributions, it is unsurprising that climate-associated elevational range shifts are not uniform.

Several related ecological traits could lead to variation in species’ ability to shift their elevational ranges (Angert et al., 2011; Reif and Flousek, 2012; MacLean and Beissinger, 2017). For example, shift rates could be linked to diet. Frugivores and nectarivores tend to have more elongated wings (Sheard et al., 2020) and higher gap-crossing ability (Lees and Peres, 2009), which is likely driven by the need to search for patchily distributed resources. These traits contrast with those of insectivorous birds which tend to have smaller home ranges (Laurance et al., 2004; Newmark et al., 2010) and lower dispersal capability (Şekercioǧlu, 2002). Similarly, species that occupy the forest canopy tend to be more vagile, and are thus more capable of crossing forest gaps than are terrestrial and understory species (Lees and Peres, 2009; Salisbury et al., 2012; Smith et al., 2014). Territorial behavior may also influence responses to climate change because species that defend year-round territories may be less likely to undergo rapid changes in distribution (Tobias et al., 2016; Sheard et al., 2020) or may be constrained by interactions with closely related species occurring upslope (Jankowski et al., 2010; Freeman et al., 2019). Forest-dependent species may also be less inclined to shift (Ibarra-Macias et al., 2011), especially if forested elevational gradients have become degraded and fragmented (Anderson et al., 2012). Each of these traits imply differing levels of dispersal ability, where birds with greater dispersal ability are theoretically more capable of shifting with changing climate. In other words, shift rates may be greater for species that are more likely to move or move greater distances. Finally, the extent of a species’ elevational range may itself influence shift rates (Mamantov et al., 2021). Species with wide elevational ranges can live within a wide breadth of abiotic and biotic conditions while species with narrower elevational ranges necessarily have narrower realized niches and may therefore be more sensitive to change.

While several studies have attempted to investigate the ecological drivers that determine variation in elevational shift rates (Forero-Medina et al., 2011b; Freeman and Class Freeman, 2014; Freeman et al., 2018b), these studies have not found pervasive evidence for a consistent role of diet, body size, or foraging strata. However, these studies have focused on single systems, limiting our ability to interpret the power of contributory factors. Pooling data across studies and utilizing comprehensive species-level ecological data could thus provide insights not detected at the local level. In this study, we combine data on the shift rates of birds along elevational gradients from eight tropical study sites. We determine whether species are shifting upslope on average, and whether the shift rates differ between species’ upper and lower range limits. We then investigate the ecological drivers of variation in shift rates. In the absence of global warming, we would expect shift rates to average ≈ 0, with similar proportions of species shifting upslope and downslope reflecting the natural expansions and contractions of ranges. However, given widespread temperature increases, we predict that species will have shifted upslope on average. We also predict that lower elevational limits will shift at a similar rate to upper elevational limits. We hypothesize that shift rates will be greater for larger, herbivorous, canopy-foraging, less territorial species with low forest dependency, high dispersal ability and narrow elevational ranges.



MATERIALS AND METHODS


Data Collection

We collated published datasets of shift rates in the elevational distributions of tropical forest bird species. Studies were included only if they (a) occurred within the tropics, (b) occurred within forest, (c) included ≥ 1 tropical bird species, (d) had a known duration with at least two time points from which to calculate shift rates, and (e) were not based on anecdotal observations of extralimital individuals. We identified a total of seven studies across eight elevational gradients, comprising a total of 421 species (Figure 1; Table 1). The studies varied in duration from 10 to 47 years and used different survey methods, predominantly point counts and/or mist netting (Table 1). Studies also varied in the manner in which they estimated the elevational ranges of species. Some studies estimated shifts in species’ mean elevations (Forero-Medina et al., 2011b; Neate-Clegg et al., 2018), while others estimated shifts in species’ upper and lower range limits (Freeman and Class Freeman, 2014; Campos-Cerqueira et al., 2017), and some provided all three (Freeman et al., 2018b; Neate-Clegg et al., 2020b). Finally, while most of the gradients were continuously forested, two studies were characterized by disturbance with either large distances between forest blocks (Neate-Clegg et al., 2021) or some deforestation at lower elevations (Neate-Clegg et al., 2018).


[image: image]

FIGURE 1. A map of study locations (n = 8), with point sizes proportional to the number of species included in the study (ranging from 21 to 138).



TABLE 1. Meta-data for eight elevational gradients used to analyze elevational shift rates in tropical birds.
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Five studies were multi-decadal resurveys of elevational gradients. Forero-Medina et al. (2011b) resurveyed a gradient of five mist-netting sites in Cerros del Sira, Peru, and estimated the mean elevations of species at both time points. They calculated the differences in elevation for each species, correcting for differences expected by chance. Elsewhere in Peru (Cerro de Pantiacolla), Freeman et al. (2018b) used a variety of techniques to calculate differences in the mean elevations of species (using mist-netting data) and range limits (using ad libitum observations and autonomous soundscape recordings, rounded to the nearest 50 m) between two time points. Freeman and Class Freeman (2014) resurveyed two elevational gradients in New Guinea on Karkar Island and Mount Karimui. They used a variety of data sources (mist netting, collected specimens, point counts, ad libitum observations) to calculate differences in species’ upper and lower limits between two time points. All three studies employed techniques to correct for differences in sample size. In El Yunque National Forest, Puerto Rico, Campos-Cerqueira et al. (2017) compared species’ range limits between a historical point count dataset and a contemporary acoustic dataset using occupancy models that controlled for differences in detectability.

In a another study in the Usambara Mountains, Tanzania, we resurveyed an elevational gradient of seven sites ranging from approximately 300 to 2100 m asl that were originally surveyed in 1980 (Neate-Clegg et al., 2021). We identified 29 species that were caught at least twice in both time periods (1980, 2019). For each species we estimated the mean elevation and 95% range limits (2.5 and 97.5 percentiles; see Neate-Clegg et al., 2020b) for both time points and calculated shifts in the three metrics between the two time points. We corrected the shifts for variation in elevation that would exist by chance alone due to the differences in capture rates (following Forero-Medina et al., 2011b).

The two remaining studies used annual point count data to estimate shift rates over time. In Nyungwe National Park, Rwanda, Neate-Clegg et al. (2020b) estimated changes over time in species’ mean elevations and 95% range limits (2.5 and 97.5 percentiles), correcting for biases in survey effort over time. In Cusuco National Park, Honduras, Neate-Clegg et al. (2018) used ten years of annual point count data to estimate changes in the mean elevations of 20 cloud forest bird species. Here, we expand the analysis from that study (Supplementary Table 1) to include (1) data spanning 12 years (2007–2019; Jones et al., 2019 data), (2) all species that were recorded at least twice every year, and (3) changes over time in upper and lower range limits. We removed four species that form large aerial flocks that could produce highly skewed results. For the remaining 31 species, we calculated the mean elevation and 95% range limits (2.5 and 97.5 percentiles) for every year and conducted a linear model of elevation against year for each of the three metrics (see Neate-Clegg et al., 2020b). The year coefficients from each model were used as the shift rates for those species.

Some studies reported total elevational shifts over time (Forero-Medina et al., 2011b; Freeman and Class Freeman, 2014; Campos-Cerqueira et al., 2017; Freeman et al., 2018b) while others estimated annual shift rates (m/yr) (Neate-Clegg et al., 2018, 2020b). For comparability across studies, we converted total elevational shifts to shift rates (m/yr) by dividing the total shift by the duration of the study. We then combined the shift rates of all studies together. In total, shift rate data were compiled for 421 species. We compiled 235 mean elevation shift rates, 236 lower limit shift rates, and 346 upper limit shift rates, totaling 817 shift rate estimates. Some species (e.g., Arremon brunneinucha, Chlorospingus flavopectus) were represented multiple times (max 3) across different elevational gradients but were treated independently in the analyses to more accurately reflect the local drivers of elevational shifts.



Phylogenetic Analysis

Before testing the ecological drivers of elevational shifts, we tested for phylogenetic signal to assess whether elevational shift rates covaried with shared ancestry. We acquired 500 phylogenetic trees from birdtree.org (Jetz et al., 2012) and created a consensus tree (package Phytools; Revell, 2012). For the 421 species in our study, two pairs of species (Momotus momota and M. lessonii, Turdus abyssinicus and T. roehli) represented recent taxonomic splits recognized by Birdlife International (2020) that were not recognized by Jetz et al. We therefore averaged values for those species pairs when testing for phylogenetic signal. When species were represented multiple times from different study systems (e.g., Arremon brunneinucha), we also averaged values for those species across systems. We used Pagel’s λ in the R package Phytools (Revell, 2012) to estimate the phylogenetic signal. As an example, both log(body mass) and log(HWI) (nspecies = 419) showed a significant phylogenetic signal (body mass: λ = 0.42, p = 0.008; HWI: λ = 0.18, p = 0.005). We tested for phylogenetic signal in mean elevation shift rate, upper limit shift rate, and lower limit shift rate. In all three instances, λ was nominal (<0.0001) and non-significant (p ≈ 1) and thus we concluded there was no phylogenetic signal in shift rates. We therefore did not consider the role of phylogeny any further and consequently did not average shift rates for species with multiple records.



Ecological Data

We collated species-level ecological data from a variety of datasets (Supplementary Table 2), including BirdBase (see Şekercioǧlu et al., 2004, 2019; Neate-Clegg et al., 2020a), EltonTraits (Wilman et al., 2014), and other published global data sources (e.g., Tobias et al., 2016; Pigot et al., 2020; Sheard et al., 2020). From BirdBase we extracted: body mass, primary diet, ecological specialization, and elevational range for each species. Most of these data were collated from the Handbook of the Birds of the World Alive (del Hoyo et al., 2019), now Birds of the World (Billerman et al., 2020), augmented with other sources including BirdLife International (Birdlife International, 2020) and the ornithological literature (see Şekercioǧlu et al., 2004). Primary diet was initially assigned to one of seven categories: carnivore, frugivore, herbivore (generalist plant eater), invertivore, nectarivore, omnivore, and granivore. However, because our hypotheses were based largely on trophic level, we grouped primary diet into three categories: carnivores, omnivores, and herbivores. Ecological specialization is an index calculated from species’ dietary breadth and habitat breadth values (Şekercioǧlu, 2011). Dietary breadth is a count of how many different major categories of food a species feeds on (such as invertebrates, fruits or seeds; max = 4 in this study) while habitat breadth is a count of how many different major habitat types a species can be found in (categories such as forest, grassland, wetland, etc; max = 8 in this study). Specialization was calculated as log10(100/[dietary breadth x habitat breadth]) with a maximum of 2 for the most specialized species that only feed on one major food group and live in one major type of habitat (e.g., forest frugivore; Şekercioǧlu, 2011). Forest dependency was categorized by BirdLife International (Birdlife International, 2020) as “high,” “medium,” or “low” (two “non-forest” species were also categorized as “low”). We converted forest dependency to a rating from 3 (high) to 1 (low).

We extracted data on foraging strata from EltonTraits (Wilman et al., 2014). Foraging strata was originally classified as the percent of time spent in each of five strata: ground, understory, midstory, canopy, and aerial. For example, a species could spend 20% of its time on the ground, 70% of its time in the understory and 10% of its time in the midstory. However, we hypothesized that shift rates would increase with foraging strata and so, to reflect this hypothesis, we constructed a single metric of foraging strata. We calculated the weighted average across the five strata where each stratum was rated from 1 (ground) to 5 (aerial). Using the above example, the average foraging strata would be ([1 × 20 + 2 × 70 + 3 × 10]/100 = 1.9).

We extracted information from other global datasets of hand-wing index (Sheard et al., 2020) and territoriality (Tobias et al., 2016). Hand-wing index is a single-parameter proxy of avian flight efficiency and dispersal ability (Sheard et al., 2020) that measures the ratio of Kipp’s distance (the distance between the tip of the longest primary feather and the tip of the first secondary feather) to the wing chord. Birds with long, pointed wings tend to have higher flight capability and higher HWI (e.g., Ocreatus underwoodii, HWI = 68.7) while birds with short, rounded wings tend to have lower flight capability and lower HWI (e.g., Myrmothera campanisona, HWI = 6.8). Territoriality was categorized numerically from 1 to 3 where 1 = non-territorial species, 2 = seasonal or weak territoriality, and 3 = year-round territoriality (Tobias et al., 2016).

To address possible issues of collinearity, we tested the pairwise correlation of all ecological covariates. Correlation between covariates was generally low (mean Pearson’s r = 0.15), with the highest correlation between log(HWI) and territoriality (r = 0.53; Supplementary Table 3). Because all correlation coefficients were below 0.7 (Dormann et al., 2013) we included all covariates in the modeling process. We later tested for multicollinearity by calculating the variance inflation factors (VIF) of the covariates in the models (function “vif” in package car). VIFs were all < 3, suggesting no issue of multicollinearity, particularly for HWI and territoriality (Zuur et al., 2010).



Statistical Modeling

We first tested whether shift rates were statistically different from 0. We used t-tests for each elevational position: mean elevation, upper limit, and lower limit. We also tested for statistical differences in shift rates between the three positions using a linear mixed model with position as a fixed effect and location and species as random effects. We then modeled the shifts in species’ mean elevations, upper limits, and lower limits in separate linear models that contained the eight ecological explanatory variables as detailed above: log(mass), log(HWI), primary diet, foraging strata, forest dependency, ecological specialization, territoriality, and elevational range. All numerical variables were scaled to have a mean of 0 and a standard deviation of 1 to make their coefficients comparable. We also included the study location (nlocations = 8) as a fixed effect to test for differences between study sites which could result from landscape properties, rates of local warming (Román-Palacios and Wiens, 2020), study design, field protocols, and analytical methods. We initially considered using location as a random effect in linear mixed-models. However, with only five factor levels in some models, the variance explained by the random effect was 0 and we thus adopted a non-hierarchical modeling approach.

For each shift position (mean elevation, upper limit and lower limit) we began by creating a global model containing all covariates. We then used the function “dredge” from the R package MuMIn (Bartoń, 2015) to run models for every possible subset of covariates (512 models), to rank those models based on AICc, and to provide a model weight (relative likelihood) for each model (Burnham and Anderson, 2002). For each shift position, we provide results for the covariates in the model with the lowest AICc, including the multiple and adjusted R2 values. To assess the importance of those covariates among other competing models, we summed the model weights of all the models containing each covariate (Burnham and Anderson, 2002), and tabulated how often the covariates appeared in competing models. We used a traditional cut-off for competing models of ΔAICc < 2 (Burnham and Anderson, 2002) but we also present results for a more conservative cut-off of ΔAICc < 6 which is increasingly being used (Harrison et al., 2018).

Shift rates can be decomposed into two facets: shift direction and shift speed. The factors that affect whether a species moves upslope or downslope may differ from the factors that determine the speed of shift. To test these two facets, we conducted two additional analyses. In the first analysis we converted shift rates to a binary variable (1 = downslope, 0 = upslope) to calculate the proportion of downslope shifts, excluding any shift rates of 0 m/yr. To assess whether this proportion differed significantly from 50%, we performed a binomial exact test on all shift rates combined. We also tested for statistical differences in proportions between the three positions using a generalized linear mixed model with binomial errors and position as a fixed effect and location and species and random effects. We then tested which ecological traits predicted whether a species shifted downslope rather than upslope using a generalized linear mixed-model including the same set of explanatory variables, with a logistic error structure and a binary response variable. R2 cannot be calculated for a logistic model and so we calculated Nagelkerke’s Index as a pseudo-R2 (Nagelkerke, 1991). In the second analysis, we calculated the absolute values of the shift rates, i.e., |shift rate (m/yr)|. We then used these shift rates as the response variables in similarly, structured linear models. In both set of analyses, we again modeled the shift rates of mean elevation, upper limits, and lower limits separately, and repeated the approach of multi-model comparison and inference.

Finally, shift rates can be further decomposed into either range expansions and contractions. To test whether different traits favor elevational range expansions or contractions, we divided upper limit shifts into upper limit expansions (shifts upslope) and upper limit contractions (shifts downslope). Similarly, we divided lower limit shifts into lower limit expansions (shifts downslope) and lower limit contractions (shifts upslope). We tested for the statistical differences in shift rates between the four categories using a linear mixed model with category as a fixed effect and location and species as random effects. For each of these four shift categories, we followed the same modeling procedure as above. We excluded any shifts = 0.

All analyses were conducted in R v. 3.6.1 (R Core Team, 2020).




RESULTS


General Shift Rates

Shift rates differed significantly at species’ mean elevations, upper limits and lower limits (χ22 = 8.68, p = 0.013; Figure 2A). Species shifted their mean elevations (nshifts = 235) upslope on average by 1.63 ± 0.30 m/yr (t234 = 5.38, p < 0.001); their upper limits (nshifts = 346) upslope by 1.62 ± 0.38 m/yr (t345 = 4.27, p < 0.001); and their lower limits (nshifts = 236) upslope by 2.81 ± 0.42 m/yr (t235 = 6.72, p < 0.001). Because shift rates were generally greater at species’ lower limits than their upper limits, the elevational ranges of many species contracted. For 210 species with both upper and lower limits shift rate estimates, species’ elevational ranges on average contracted 1.64 ± 0.83 m/yr.
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FIGURE 2. Elevational shift rates of tropical birds by study site. For each elevational position – upper limit, mean elevation, and lower limit – we plot (A) the overall shift rate (m/yr), (B) the proportion of species that shifted downslope, and (C) the absolute shift rate, i.e., | shift rate (m/yr)|. For overall and absolute shift rates we present the mean value, standard error (thick bars) and 95% confidence intervals (thin bars). Some studies did not estimate elevational shift rates at all positions.


The top model for mean elevation shift rates contained body mass, and territoriality, with high support for both covariates across models (Table 2, Supplementary Table 4). Upslope shifts in mean elevation were greater for smaller-bodied species (Figure 3A) and less territorial species (Figure 3B, Table 2). The top model for lower limit shift rates contained body mass and location (Figure 2A), with high support for both covariates across models (Table 2, Supplementary Table 5). Upslope shifts in lower limits were greater for smaller-bodied species (Figure 3C, Table 2). The top model for upper limit shift rates contained territoriality and location (Figure 2A), with high support for both covariates across models (Table 2, Supplementary Table 6). Upslope shifts in upper limits were greater for less territorial species (Figure 3D, Table 2).


TABLE 2. Results from multi-model comparison of the effects of ecological traits on the elevational shift rates of tropical birds.
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FIGURE 3. Ecological traits associated with the elevational shift rates of 421 bird species from eight study sites across the tropics. Mean elevation shift rates were associated with (A) body mass and (B) territoriality. Lower limit shift rates were associated with (C) body mass. Upper limit shift rates were associated with (D) territoriality.




Shift Direction

Excluding shifts = 0, 29.9% of shifts were downslope which was significantly different from 50% (p < 0.001). There was little difference in this proportion (χ22 = 0.75, p = 0.69; Figure 2B) among species’ mean elevations (nshifts = 215, 31.6%), lower limits (nshifts = 211, 28.4%), and upper limits (nshifts = 319, 29.8%). The top model for mean elevation shift proportions contained body mass and territoriality, with high support for both covariates across models (Table 2, Supplementary Table 7). Species were more likely to shift their mean elevation downslope if they were larger and more territorial (Table 2). The top model for lower limit shift proportions contained location only (Figure 2B), with medium support across models (Table 2, Supplementary Table 8). The top model for upper limit shift proportions contained mass, territoriality, and location, with the highest support for location (Table 2, Supplementary Table 9). Species were more likely to shift their upper limit downslope if they were larger and more territorial (Table 2).



Absolute Shift Rate

The top model for absolute mean elevation shift rates contained HWI, elevational range, foraging strata, and location, with high support for all covariates across models (Table 2, Supplementary Table 10). Shift rates in mean elevation were faster for species with higher HWI (Figure 4A), wider elevational ranges (Figure 4B), and lower foraging strata (Figure 4C; Table 2). The top model for absolute lower limit shift rates contained HWI and elevational range, with highest support for HWI (Table 2, Supplementary Table 11). Shift rates in lower limits were faster for species with higher HWI (Figure 4D) and wider elevational ranges (Table 2). Finally, the top model for absolute upper limit shift rates contained HWI, foraging strata, body mass, and location, with high support for foraging strata, HWI, and location (Table 2, Supplementary Table 12). Shift rates in upper limits were faster for species with higher HWI (Figure 4E), lower foraging strata (Figure 4F), and greater body mass (Table 2).


[image: image]

FIGURE 4. Ecological traits associated with the absolute elevational shift rates of 421 bird species from eight study sites across the tropics. Mean elevation shift rates were associated with (A) hand-wing index (HWI), (B) elevational range size, and (C) foraging strata. Lower limit shift rates were associated with (D) HWI. Upper limit shift rates were associated with (E) HWI and (F) foraging strata.




Expansions and Contractions

Shift rates differed significantly between expansions and contractions at species’ upper and lower limits (χ23 = 283, p < 0.001). Lower limits shifted upslope (nshifts = 151, 5.65 ± 0.48 m/yr) faster than upper limits did (nshifts = 224, 4.92 ± 0.31 m/yr), while upper limits shifted downslope (nshifts = 95, 5.71 ± 0.72 m/yr) faster than lower limits did (nshifts = 60, 3.18 ± 0.49 m/yr), indicating that range contractions were on average greater than range expansions. The top model for upper limit expansions contained HWI, foraging strata, forest dependency, body mass, and location, with high support for HWI, foraging strata, and location across models (Table 3, Supplementary Table 13). Upper limits expanded faster for species with higher HWI (Figure 5A), lower foraging strata (Figure 5B), lower forest dependency and larger body size (Table 3). The top model for lower limit expansions contained body mass and location, with highest support for location (Table 3, Supplementary Table 14). Lower limits expanded faster for larger-bodied species (Table 3). The top model for upper limit contractions contained foraging strata, territoriality, elevational range, and location, with high support for foraging strata and location across models (Table 3, Supplementary Table 15). Upper limits contracted faster for species with lower foraging strata (Figure 5C), higher territoriality, and wider elevational ranges (Table 3). Finally, the top model for lower limit contractions contained forest dependency, HWI, and location, with high support for forest dependency and location (Table 3, Supplementary Table 16). Lower limits contracted faster for species with lower forest dependency (Figure 5D) and higher HWI (Table 3).


TABLE 3. Results from multi-model comparison of the effects of ecological traits on the rate of elevational range expansion and contraction for tropical birds.
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FIGURE 5. Ecological traits associated with elevational range expansions and contractions of bird species from eight study sites across the tropics. Upslope shifts in upper limits were associated with (A) hand-wing index (HWI) and (B) foraging strata. Downslope shifts in upper limits were associated with (C) foraging strata. Upslope shifts in lower limits were associated with (D) forest dependency.





DISCUSSION

We used a meta-analysis of range-shift data from across the tropics to explore the ecological predictors of elevational range shifts in tropical forest birds. We show that species distributed along eight tropical elevational gradients have, on average, shifted upslope at a rate of 1.6 m/yr, but that rates and directions were highly variable. Shift rates were faster at species’ lower elevational limits (2.8 m/yr) compared to their upper limits (1.6 m/yr) and consequently, the elevational ranges of many species contracted. While these shift rates may appear small on an annual basis, over decades such shifts may become biologically important. For example, a shift rate of 2.0 m/yr in the lower limits of species on Mount Karimui (Freeman and Class Freeman, 2014) becomes 110 m over the 55 years since the begininning of that study, and for many species, the total shifts observed were much greater. Our results highlight important correlates of variation in these shifts across the tropics, with elevational shift rates best predicted by several ecological traits including body size, territoriality, and dispersal ability (hand-wing index).

Overall, the lower limits of species’ elevational ranges shifted almost twice as fast as their upper limits and this pattern held when only considering upslope shifts. Furthermore, when we were able to make direct comparisons, we found that lower limits shifted faster than upper limits at over two-thirds of the study sites. This result contrasts with studies that show similar shift rates at species’ lower and upper limits (Rumpf et al., 2019). One possible explanation for this disparity between upper and lower range limit shift rates is that our ability to estimate shifts at upper limits is constrained either by the highest elevation of the sampling transect, or by the peaks of the mountains themselves (Jankowski et al., 2010; Freeman et al., 2018a). At the simplest level, a species will be unable to move upslope beyond the summit of a mountain, therefore placing a hard limit on the maximum elevation of the species range (Neate-Clegg et al., 2020b). Similarly, if the highest elevation survey site on a transect is 2500 m, and a species occurs at 2500 m at both time points, we cannot determine whether or not that species shifted upslope. However, both Freeman et al. (2018b) and Neate-Clegg et al. (2021) excluded species from their analyses that occurred at the maximum elevation at both time points. Thus, while survey or topographic constraint may explain some of the asymmetry in shift rates at species’ lower and upper limits, other factors also appear to be involved.

Another possible explanation is that different processes affect range shifts at species upper limits versus their lower limits (Jarzyna et al., 2015; Rumpf et al., 2019). Upslope shifts are more limited by dispersal and colonization at species’ upper limits than lower limits (Angert et al., 2011). Colonization assumes that there is suitable habitat at higher elevations, which may not be the case if plant communities are themselves slow to shift (Dullinger et al., 2004; Feeley et al., 2011). Colonization could also be prevented wherever habitat loss or fragmentation reduces the ability of tropical species with low dispersal ability to move through the landscape (Şekercioǧlu, 2002; Lees and Peres, 2009; Forero-Medina et al., 2011a; Newmark et al., 2017), particularly where upper elevations are more fragmented, e.g., by cattle farming at the tree-line. Indeed, we found that the greatest disparity between shift rates in lower and upper limits was in the Usambara Mountains, where the forest is more extensively fragmented across the elevational gradient, whereas the remaining studies are from largely intact gradients.

Alternatively, this pattern may be more related to differences in the rates of extirpation at lower elevations than a direct effect of dispersal disparity. Loss of populations at lower elevations could result from changes in biotic interactions such as increases in predators (Boyle, 2008; Jankowski et al., 2012), disease (Paxton et al., 2016) or competition (Alexander et al., 2015). In addition, climate change and habitat loss may have stronger effects at lower elevations, particularly in combination, leading to the extirpation of many species from the lower slopes of montane regions as these become increasingly degraded by agricultural expansion and human settlement (Harris et al., 2014; Guo et al., 2018; Neate-Clegg et al., 2018; Rumpf et al., 2019). These results stress the importance of maintaining continuously forested gradients to accommodate species range shifts in response to changing climate (Tobias et al., 2013; Newmark et al., 2017).

In general, shift rates were fairly consistent across study sites (Figure 2). For example, shift rates were similar between Peru (Forero-Medina et al., 2011b; Freeman et al., 2018b), Tanzania (Neate-Clegg et al., 2021), and New Guinea (Freeman and Class Freeman, 2014). Each of these studies was based on multi-decadal resurveys (32–47 years) of transects where it is possible that, over longer durations, shift rates were more reliably estimated. By contrast, shift rates in Cusuco, Honduras (Neate-Clegg et al., 2018) and Nyungwe, Rwanda (Neate-Clegg et al., 2020b) were more variable, with higher proportions of downslope shifts. Notably, lower limits tended to shift downslope in Honduras while in Nyungwe upper limits tended to shift downslope. In these two studies, shift rates were calculated over shorter time periods (12 and 15 years, respectively) where changes in elevational ranges could be more reflective of short-term fluctuations than long-term trends. However, these two studies used annual data and so had high temporal resolution relative to resurvey data. Therefore, shifts were calculated from trends over time rather than being based on single-season snapshots. To date, we lack long-term datasets (>20 year) with high temporal resolution along elevational gradients in the tropics, and we have limited studies from which to draw biogeographical or location-level inferences. Further studies focusing on a wider sample of elevational gradients, particularly in Indomalaya/Oceania, are required to disentangle the roles of biogeography and survey methodology. Moreover, the continuation and analysis of consistent survey efforts along these gradients are required to understand the role of annual range fluctuations (Neate-Clegg et al., 2020b).

At the species level, upslope shift rates of mean elevation and of lower limits were greatest for small-bodied species (Figures 3A,C). Body size has long been linked to environmental gradients by Bergmann’s rule (Bergmann, 1847) which states that larger-bodied species tend to be found in colder environments. If smaller-bodied species were in some way limited to lower elevations (directly or indirectly) (Blackburn et al., 1999), increasing temperatures may provide a release, allowing those species to move upslope. However, evidence for the existence of Bergmann’s rule is variable (Blackburn and Ruggiero, 2001; Meiri and Dayan, 2003; Freeman, 2017) and tends to be applied more to intraspecific variation in body mass or variation among closely related species, particularly along latitudinal gradients. Alternatively, body size may be linked to life-history strategy, in turn affecting shift rates (Lenoir et al., 2008; Moritz et al., 2008). For example, smaller-bodied species also have shorter lifespans and larger clutch sizes (Jetz et al., 2008; Valcu et al., 2014). As shifts at species’ leading edges should be positively related to both dispersal and fecundity (Angert et al., 2011; MacLean and Beissinger, 2017), it follows that species with faster life histories should also be able to shift faster.

An important behavioral factor predicting shifts in species’ mean elevations and upper elevational limits was territoriality (Figures 3B,D). Species that defend year-round territories lead more sedentary lifestyles with long-term pair bonds (Tobias et al., 2016), potentially slowing the rate at which they can colonize elevations above their upper limits (Jones et al., 2019). By contrast, species that do not hold territories theoretically move more freely throughout the landscape, often in pursuit of patchily distributed resources (Levey and Stiles, 1992; Saracco et al., 2004; Lees and Peres, 2009), and thus more readily colonize elevations above their typical limits in the face of changing climates. Even so, elevational shifts in the shorter-term may still occur in these species by the incremental increase in “exploration” at the edges of elevational ranges by non-territory holding individuals (Neate-Clegg et al., 2018).

Shift rates can be broken down into two parts, shift direction and shift magnitude, and doing so tended to enhance model fit. Almost a third of shifts in this study were downslope shifts, regardless of elevational position, corroborating another meta-analysis of range shifts (Mamantov et al., 2021), but contradicting the prediction that species will track preferred thermal envelopes upslope with rising temperatures (Şekercioǧlu et al., 2008). This assumption is, however, likely an oversimplification, because elevational ranges are determined by multiple abiotic and biotic factors (Jankowski et al., 2012). For example, changing precipitation regimes and concurrent vegetation patterns may cause downslope movements, as species track specific ecological requirements (Tingley et al., 2012; Neate-Clegg et al., 2020b). Alternatively, species may shift downslope following the extirpation of more dominant competitors (competitor release; Jankowski et al., 2010; Lenoir et al., 2010). In this study, larger-bodied species were more likely to shift downslope and expanded their lower limits faster. Many of these species are large, mobile frugivores (e.g., pigeons, turacos, toucans) which are known to have high dispersal ability (Holbrook et al., 2002; Corlett, 2009; Lees and Peres, 2009). The movements of frugivores are dictated largely by the occurrence of ephemeral, patchily distributed food resources (Saracco et al., 2004; van Schaik et al., 2010). Fruiting phenology and abundance, in turn, result from the complex interaction of precipitation, temperature, and irradiance (Chapman et al., 2005; Dunham et al., 2018; Potts et al., 2020). Downslope shifts may therefore result from the pursuit of food resources based on plants that are not tracking rising temperatures upslope.

When considering the absolute speed of shifts (ignoring shift direction) as well as expansions in species’ upper limits, the most important predictor was HWI (Figures 4, 5A). Of all the covariates considered in this study, HWI was the most direct predictor of dispersal ability (Sheard et al., 2020), suggesting that shift rates were faster for species with greater dispersal ability. Dispersal ability can be used as a proxy for the likelihood that a species disperses or the distance that it is able to move. The more freely a species moves, the more likely it is to reach a new, more optimal location (Lees and Peres, 2009; Jarzyna et al., 2015). Similarly, juveniles of more vagile species may disperse and settle farther from their natal territory (Dawideit et al., 2009). Species that can move more freely may also be more likely to adjust their position if they find themselves in a suboptimal location (Van Houtan et al., 2007; Anderson et al., 2012) because it is less costly for them to move. Elevational shifts are an emergent property of thousands of individual decisions. If those decisions involve greater dispersal, then this is likely to add up to greater shifts over time.

We hypothesized that species with narrower elevational ranges and smaller realized niches would be more sensitive to changes in temperature. However, we found that mean elevations and lower limits shifted faster for species with larger elevational ranges. One explanation is that species with larger elevational ranges may be more adaptable because they encounter a larger breadth of abiotic and biotic factors thus making upslope colonization easier (Angert et al., 2011; MacLean and Beissinger, 2017). Alternatively, contractions at species’ upper limits were also associated with wider elevational ranges so it is also possible that large ranges allow for more reduction in range size. Finally, species with lower foraging strata showed faster shift rates at mean elevations and upper limits (Figures 4C,F). This was a suprising result as canopy species were predicted to shift faster due to their vagility (Lees and Peres, 2009; Salisbury et al., 2012; Smith et al., 2014). At least part of this trend was driven by the contractions in species’ upper limits (Figure 5C). Similarly, contractions were faster in more territorial species. Territorial understory and terrestrial species are typically the most vulnerable to anthropogenic change (Newmark, 2006; Stouffer et al., 2009, 2020) so their ranges may be contracting in general.

Overall, our results show that the response of elevational distributions to climate change are more complex than bird species simply tracking thermal envelopes (Şekercioǧlu et al., 2008; Pollock et al., 2020), and instead are influenced by a range of factors including species’ dispersal ability, body size, foraging strata, and territoriality. Beyond these predictor variables, there is still substantial noise in our data and our R2 values are fairly low. Low model fit is to be expected in such large comparative studies and our results are necessarily pantropical generalizations that can mask fine-scale, idiosyncratic responses to climate change. However, model fit improved when parsing out shifts into different components, suggesting different processes affect shifts at different positions in a species’ elevational range. Non-etheless, it is impossible to account for all of the ways in which species ranges and range shifts are determined (Jankowski et al., 2012). Shift rates may be influenced by various biotic factors not considered here such as prey availability (Schumm et al., 2020), interspecific competition (Jankowski et al., 2010; Freeman et al., 2019) or natural enemies (Paxton et al., 2016), for which we currently lack both fine scale understanding and comprehensive global datasets.

In addition, location was an important covariate in most models, suggesting high variation in shift rates between sites (Mamantov et al., 2021). Shift rates may be affected by landscape characteristics such as topography (Elsen and Tingley, 2015) or forest configuration (Harris et al., 2014; Guo et al., 2018), demonstrating the need for surveys in a wider variety of study systems. There are also important differences in the methods employed to survey birds and estimate shift rates. Birds can be sampled by mist nets, point counts, audio recordings, or combinations thereof. Surveys can be annual or snapshot resurveys, standardized or exhaustive. Many of these methodological differences are unavoidable; often researchers must make use of the data available regardless of how they were gathered. Differences in survey methods also lead to differences in the statistical approach used to estimate shifts and control for biases in the data. These caveats aside, our results also display the critical value in the tropics of long-term monitoring, resurvey data, and establishing baselines for future comparisons (Harris et al., 2011; Şekercioǧlu, 2012; Tobias et al., 2013; Neate-Clegg et al., 2020a). Similar studies will likely deepen our understanding of the observed relationships, but we also suggest that future research agrees upon similar protocols in order maximize the standardization between study sites.

The variable responses to global climate change and the rapid contraction of lower elevational range limits we present emphasize the importance of conserving extensive intact elevational gradients and corridors in tropical protected areas to sustain viable populations at range edges and to facilitate the movements of populations (Harris et al., 2011; Wormworth and Şekercioǧlu, 2011; Tobias et al., 2013; Newmark et al., 2017). Failure to implement these actions will lead to reductions in elevational and geographical range sizes, and therefore to smaller population sizes (Shoo et al., 2005a, b; Harris and Pimm, 2008). This will potentially result in species extinction at local or even global scales (Şekercioǧlu et al., 2008; Freeman et al., 2018b), with implications for associated ecological processes on tropical mountains (Şekercioǧlu et al., 2004, 2016). Furthermore, we likely underestimate the shrinkage of species’ ranges, as our study could not incorporate many species restricted to mountaintops (Freeman et al., 2018b). Species occurring at low densities in narrow, ridgeline bands of habitat such as elfin forest are some of the most at-risk species, but often lack the sample sizes to feature in such broad multi-species analyses (Freeman et al., 2018a; Neate-Clegg et al., 2018). Such species should be the greatest focus of conservation attention. Taken together, our results suggest that forecasting which species will be the fastest to ride the “escalator to extinction” (Şekercioglu, 2007; Freeman et al., 2018b) requires a complex and nuanced understanding of the specific factors that drive community composition along elevational gradients in the tropics.
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With nearly 400 migratory landbird species, the East Asian Flyway is the most diverse of the world’s flyways. This diversity is a consequence of the varied ecological niches provided by biomes ranging from broadleaf forests to arctic tundra and accentuated by complex biogeographic processes. The distribution and migration ecology of East Asian landbirds is still inadequately known, but a recent explosion in the number of studies tracking the migration of raptors, cuckoos, kingfishers and passerines has greatly increased our knowledge about the stopover and wintering ecology of many species, and the migratory routes that link northeast Eurasia and the Asian tropics. Yet the East Asian Flyway also supports the highest number of threatened species among flyways. Strong declines have been detected in buntings (Emberizidae) and other long-distance migrants. While the conservation of migratory landbirds in this region has largely focused on unsustainable hunting, there are other threats, such as habitat loss and increased agro-chemical use driven directly by land cover change and climate-related processes. Important knowledge gaps to be addressed include (1) threats affecting species in different parts of their annual cycle, (2) range-wide population trends, (3) ecological requirements and habitat use during the non-breeding season, and (4) the conservation status of critical wintering sites (including understudied farming landscapes, such as rice fields) and migration bottlenecks along the flyway.
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INTRODUCTION

The decline of migratory species is a global conservation concern (Wilcove and Wikelski, 2008) across the world’s major flyways (Lloyd-Evans and Atwood, 2004; Galbraith et al., 2014; Beresford et al., 2019). Migratory species declines and the associated drivers are well documented for birds that migrate between North America and the Neotropics (Robinson and Wilcove, 1994; Lloyd-Evans and Atwood, 2004; Bennett et al., 2018) and for species that breed in Europe and winter in Sub-Saharan Africa (Bibby, 1992; Sanderson et al., 2006; Vickery et al., 2014; Beresford et al., 2019), but less so for other regions. The decline of many species has been linked to anthropogenic changes in habitat conditions, such as habitat loss and fragmentation (Robinson and Wilcove, 1994) intensified by climate change (Lloyd-Evans and Atwood, 2004; Sanderson et al., 2006; Vickery et al., 2014; Gilroy et al., 2016). Over time, climate change is expected to disrupt ecological and environmental processes that may affect migration and reproduction, for instance, by driving spatio-temporal mismatches in food resources (Carey, 2009). Given that migratory species have geographically complex life cycles that connect breeding, stopover and non-breeding sites over large areas, they are especially vulnerable to threats along their migratory routes (Runge et al., 2014, 2015).

The East Asian Flyway (EAF) as defined here overlaps with the eastern hemisphere (east of the 90th meridian), including the western Pacific Ocean (McClure, 1974, 1984; Nisbet, 1976; Yong et al., 2015), and spans arctic, boreal, temperate and tropical biomes (Figure 1). Compared to the African-Eurasian and the American flyways, the EAF is geographically more varied with an uneven distribution of landmass across boreal-temperate and tropical latitudes (Nisbet, 1976). While there are few ecological barriers in the west in the form of mountain ranges, the EAF contains extensive island chains at its eastern fringe and the vast Indo-Australian archipelago spanning the tropical belt. These island chains collectively pose complex barriers in the form of sea-crossings for migrating landbirds (Kuroda, 1961; Ellis et al., 1990; Yamazaki et al., 2012; Nourani et al., 2018) unmatched in other flyways.
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FIGURE 1. The extent of the East Asian Flyway (EAF) bounded by the 90th meridian on the west and the Pacific Ocean on the east including boreal, temperate and tropical biomes. Data from The Nature Conservancy. Terrestrial ecoregions (2020). https://tnc.maps.arcgis.com/home/item.html?id=7b7fb9d945544d41b3e7a914 94c42930 (accessed May 10, 2020).


With almost 400 species (387 species [63% of all migratory species]; see also Appendix I for full list), the bulk of EAF migratory species are in fact landbirds, with passerines and diurnal raptors among the most species-rich groups (McClure, 1974; Yamazaki et al., 2012; Yong et al., 2015). In this flyway, migratory landbirds fulfill diverse ecological roles in boreal, temperate and tropical biomes in terms of their trophic positions (e.g., herbivory, insectivory and predation) and transport processes (e.g., nutrient and parasite transfer, seed and pollen dispersal; see Şekercioğlu et al., 2004; Bauer and Hoye, 2014; López-Hoffman et al., 2017). Across East Asia, migratory landbirds consume and disperse the fruits and seeds of varied tree species, as evidenced by studies in Japan, China and South Korea (Nakanishi, 1996; Corlett, 1998; Choi and Chae, 2007; Cho et al., 2011; Choi et al., 2011; Jeong et al., 2014). Insectivorous species provide significant pest-control services to agroecosystems (Kim et al., 2012b) and directly reduce disease transmission through predation and scavenging (Kim et al., 2012a). Yet, despite their contribution to ecosystems at a large scale in East and Southeast Asia, landbirds are the least understood among the diverse migratory bird assemblages in Asia (Yong et al., 2015; Heim et al., 2020).

The declines in populations of many migratory waterbirds, and especially shorebirds, across East Asia and Australasia have been well documented (Szabo et al., 2016; Studds et al., 2017) and are far better understood than landbird declines. However, Emberiza buntings and many other East Asian landbirds have suffered dramatic population declines in recent years (Kamp et al., 2015; Edenius et al., 2017; Choi et al., 2020a), driven in part by habitat loss (Higuchi and Morishita, 1999) and unsustainable hunting (Kamp et al., 2015). Meanwhile, the lack of understanding of regional population trends and status of many East and Southeast Asian species continues to hamper conservation actions targeting landbird species. They are similarly affected by inconsistent and incomplete levels of protection offered by national and international legal frameworks for wildlife conservation (Runge et al., 2015; Yong et al., 2015, 2018).

Since 2010, growing interest in the ecology and conservation of migratory landbirds in the EAF has yielded fresh insights on their migration ecology and migratory connectivity (Yamaura et al., 2017; Heim et al., 2018b, 2020; Choi et al., 2020b; Uemura et al., 2020), species-specific population declines (Tamada et al., 2014, 2017; Kamp et al., 2015; Edenius et al., 2017; Choi et al., 2020a), and threats (Amano and Yamaura, 2007; Iqbal et al., 2014; Kamp et al., 2015). While large-bodied hawks and eagles (Accipitriformes) have traditionally been easier to study during migration (Higuchi et al., 2005; Reading et al., 2020) and at key bottleneck sites (Zalles and Bildstein, 2000; Yamazaki et al., 2012; DeCandido et al., 2015; Limparungpatthanakij et al., 2019), studies on migratory passerines and other landbirds are fast catching up thanks to emerging tracking technology and methods.

Against this ‘migratory landbird renaissance,’ we aim to synthesize existing knowledge on the conservation status of migratory landbirds (see Table 1 for definitions) in the EAF. We also identify key knowledge gaps for further work in this traditionally data-poor migratory flyway. We define the taxonomic scope of landbirds in our review based on the widely accepted definitions used in the literature (Kirby et al., 2008; Faaborg et al., 2010), which encompasses passerines, raptors and several near-passerine families (see Supplementary Data for full taxonomic scope). We (1) summarize recent advances in landbird migration ecology research in the EAF, (2) review emerging evidence of declines and associated drivers in key biomes, (3) discuss the ecological implications of these changes on Asian ecosystems in the wider context of land use change and unsustainable hunting, and (4) identify knowledge gaps and describe how addressing them can translate into conservation actions.


TABLE 1. Definitions of key terms mentioned in the text.
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ADVANCES IN LANDBIRD MIGRATION ECOLOGY IN THE EAF

Understanding the different migration strategies used by landbirds is crucial to conservation at sites used over the annual cycle of migratory birds. Building on long-term bird ringing work in Japan, the Russian Far East, China and South Korea (reviewed in McClure, 1974; Yong et al., 2015), several new large-scale ringing projects have been established in this region, for instance in India and Mongolia (Buner et al., 2015; Davaasuren, 2018).


Research on Migration Strategies and Stopover Ecology

In general, the migration strategy of a species is fundamentally shaped by its habitat requirements and physiology. Many species that cover long distances need to refuel several times to replenish fat reserves before reaching their wintering grounds (Bairlein, 2002), and thus the availability of suitable stopover habitat is critical (Warnock, 2010). Ongoing studies at key stopover sites for landbirds at Muravioka Park in southeast Russia, in China, on various islands off South Korea and elsewhere in the region are beginning to unveil the diverse migration strategies (Nam et al., 2011; Heim et al., 2018b). Sander et al. (2017, 2020) describe the different strategies adopted by warblers to increase their fat stores during autumn migration: Pallas’s leaf warbler Phylloscopus proregulus carries more fat, fuelling longer flight bouts with fewer stops. Others, such as the thick-billed warbler Arundinax aedon, carry less fat, necessitating more frequent stopovers on migration (Bozó et al., 2019; Sander et al., 2020).

Stopover habitats utilized by landbirds range from old-growth, deciduous forests (Tojo, 2015) to a variety of human-modified landscapes and habitats (Kim et al., 2010). While many migratory landbird species may occupy a broader or different niche away from the breeding areas, some rely on similar environmental conditions throughout their annual cycle (Zurell et al., 2018). Phylloscopus, Acrocephalus and Locustella warbler species are among the most abundant landbirds in East Asia, and show species-specific habitat preferences at both breeding and stopover sites (Bozó et al., 2018b). On the other hand, Emberiza buntings often show a large overlap in habitat use at stopover sites (Heim et al., 2018a).

While migration strategies undoubtedly vary widely across taxa, temporal differences in migration within a species over different seasons have also been described. For instance, stopovers for many species (e.g., yellow-browed warbler Phylloscopus inornatus and red-flanked bluetail Tarsiger cyanurus) have been found to be considerably shorter in the spring than in the autumn, suggesting faster spring migration (Wang et al., 2006; Bozó et al., 2021), a generally well-described pattern for many migratory species (Kokko, 1999; Smith and Moore, 2005; Nilsson et al., 2013). This may be explained by competition to arrive at the breeding grounds before conspecifics (Nilsson et al., 2013). On the other hand, no significant differences between spring and autumn migration speed/duration are evident in non-passerines, e.g., in satellite-tracked Oriental honey buzzard Pernis ptilorhynchus (Yamaguchi et al., 2008) and great bustard Otis tarda (Kessler et al., 2013). In addition, specific morphological and behavioral adaptations have been found across various model species in the EAF that improve the efficiency of long migratory flights (Bozó et al., 2018a; Wang et al., 2020).

Analyses of the arrival and departure times of landbirds at key stopover sites have shown that migration distance and the relative locations of the breeding and wintering grounds determine the migratory phenology of Emberiza and Phylloscopus species and Siberian rubythroat Calliope calliope in the Russian Far East (Nam et al., 2011; Maslovsky et al., 2014, 2018; Bozó and Heim, 2015, 2016; Bozó et al., 2017, 2019; Heim et al., 2018a; Park et al., 2020; Wobker et al., 2021). Long-distance migrants generally arrive at stopover sites later in spring, while departing earlier in autumn, and of these, species breeding at higher latitudes tend to pass earlier during spring migration (Wobker et al., 2021). Additionally, biological factors, such as sex, age and the timing of molt are all known to influence migration phenology in many passerines (Maslovsky et al., 2018; Park et al., 2020; Wobker et al., 2021), with protandry being a common pattern (Nam et al., 2011; Bozó and Heim, 2016; Park et al., 2020).

Monitoring migration phenology is important, given that the ability of a species to adjust its migration timing to events along its annual cycle can indicate its vulnerability to climate change (Møller et al., 2008). Valchuk et al. (2017) suggested that links between the West Pacific climate index and the abundance of migrating landbirds at a stopover site in the Russian Far East can indicate the effects of climatic shifts on migration phenology at a broad scale. Indeed, long-term studies have revealed shifts in spring arrival times for several species in Japan, linked to warmer temperatures (Deguchi et al., 2015), consistent with observations in Europe and the Americas (Thorup et al., 2007; Hurlbert and Liang, 2012).



Research on Migratory Routes and Connectivity

Studying the migratory connectivity of a species is necessary to understand its migration ecology (Marra et al., 2011), and holds important implications for its conservation. Data from ringing recoveries, increasingly complemented with data obtained from various tracking technologies (e.g., light-level geolocators and satellite telemetry) have traditionally been used to map migration routes, and infer migratory connectivity for species and populations (Finch et al., 2015; Heim et al., 2020; Figure 2A). As smaller devices become increasingly available, various small-bodied landbirds can now be effectively tracked. Over the past decade, the number of landbird species tracked in the EAF has steadily risen to at least 26 species, with an increasing number of small passerines (Figures 2A,B and Table 2).
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FIGURE 2. Autumn migration routes of landbirds in the EAF, including one individual track for each all species for which published data is available (n = 21). (A) Non-passerines (illustration of Oriental honey buzzard Pernis ptilorhynchus), (B) Passerines (illustration of Siberian rubythroat Calliope calliope). Based on Ueta et al. (1998, 2000), Higuchi et al. (2005), Shiu et al. (2006), Kim et al. (2007), Kudo (2008), McIntyre et al. (2009), Dixon et al. (2011, 2012), Kessler et al. (2013), Takagi et al. (2014), Koike et al. (2016), Yamaura et al. (2017), Yamaguchi et al. (2017), Heim et al. (2018a, 2020), Choi et al. (2019), and Uemura et al. (2020). Bird illustrations reproduced with permission of Lynx Edicions/Handbook of the Birds of the World.



TABLE 2. East Asian landbird migrants for which tracking data have been published in the peer-reviewed literature (n = 23) with the tracking technique (Tech) used for each species (GLS = light-level geolocation, GPS = Global Positioning System data logging and SAT = satellite tracking), the number of individuals tracked (N, adults/juveniles), the country where the birds were tagged (RUS = Russia, MNG = Mongolia, JPN = Japan, USA = United States of America), and the source(s) where the original data were published.

[image: Table 2]Two main migratory corridors in the EAF are now well established, (1) the ‘island’ or ‘oceanic’ route linking eastern Russia (Kamchatka and Sakhalin) and Japan to the Philippines and eastern Indonesia, and (2) the ‘mainland’ route, linking eastern Russia, China and continental Southeast Asia (Higuchi, 2005; Yamazaki et al., 2012; Concepcion et al., 2017; Heim et al., 2020). Data from recent tracking studies (Figure 2) further illustrate the use of the ‘island route’ by passerines and raptors breeding in Japan (Koike et al., 2016; Nourani et al., 2018; Uemura et al., 2020) and species shared with Kamchatka (e.g., barn swallow Hirundo rustica and Siberian rubythroat) (Heim et al., 2020). These results corroborate direct observations in the Philippines and eastern Indonesia (Germi et al., 2009, 2013; Concepcion et al., 2017).

The specific island route(s) used remain poorly studied. Observational data show that two raptors, grey-faced buzzard Butastur indicus and Chinese sparrowhawk Accipiter soloensis, pass south through the Japanese archipelago, Taiwan and the Philippines (Ellis et al., 1990; Yamazaki et al., 2012; Concepcion et al., 2017). Similarly, some passerines, including wagtails, pipits and yellow bunting Emberiza sulphurata, also follow this least energetically costly route (Nourani et al., 2018). Certain species may take a more direct route from south Japan passing east of Taiwan, most likely aided by seasonal weather conditions, as suggested by tracking data of ruddy kingfisher Halcyon coromanda, chestnut-cheeked starlings Agropsar philippensis and grey-faced buzzards (Koike et al., 2016; Uemura et al., 2020). The northward migration route(s) in spring is less well known, with some species supposedly leaving the northern Philippines heading for southern China (Welch, 2011). The low number of observations of species such as Gray’s grasshopper warbler Locustella fasciolatus in Taiwan and the Philippines is unusual (Severinghaus et al., 2017; Allen, 2020) – either they largely overfly or bypass these islands, or are simply overlooked.

Meanwhile, recent tracking data from Russia, Mongolia and northern China are providing insights on precise migration paths along the ‘mainland route’ for small passerines (e.g., Siberian rubythroat, Pallas’s grasshopper warbler Locustella certhiola and yellow-breasted bunting Emberiza aureola) (Heim et al., 2018b, 2020), as well as for great bustard (Kessler et al., 2013) and cinereous vulture Aegypius monachus (Kim et al., 2007; Reading et al., 2020). Although there are no major geographical barriers, species using the ‘mainland route’ may cross uplands and mountains in central and southern China, northern Indochina (Wang et al., 2000; Tordoff, 2002; Fei et al., 2015) and the Malay Peninsula (Medway and Wells, 1976).

Based on satellite tracking studies, Oriental honey buzzards breeding in Japan (Higuchi et al., 2005; Yamaguchi et al., 2008, 2012; Sugasawa and Higuchi, 2019) and probably yellow-breasted buntings from Kamchatka (Heim et al., 2020) make major sea crossings to the mainland before migrating to southern China and Southeast Asia (Yamaura et al., 2017), potentially avoiding longer sea crossings further south. Such migratory patterns may suggest that these species colonized Japan from the mainland relatively recently (Agostini and Mellone, 2007). Satellite telemetry has demonstrated strong migratory linkages for large (soaring) species, particularly rough-legged buzzards Buteo lagopus moving between eastern Russia and Japan (Yamaguchi et al., 2017), while highlighting the importance of Japan for wintering Steller’s sea eagles Haliaeetus pelagicus and white-tailed sea eagles H. albicilla breeding in eastern Russia (Ueta et al., 1998; McGrady et al., 2003). Similarly, tracking studies and field observations at key watch sites have demonstrated the role of the Japanese archipelago as a land corridor for bird migration into tropical Asia (Shiu et al., 2006; Yamazaki et al., 2012; Koike et al., 2016; Nourani et al., 2018).

Nevertheless, whilst the majority of EAF landbird species migrate largely along latitudinal gradients into temperate and tropical Asia, a few species deviate from these two major migratory corridors to reach non-breeding grounds in India or Africa. These landbirds have migratory routes that partially overlap with the EAF; they eventually migrate westward toward Africa crossing the large ecological barrier of the Indian Ocean. Two of the best studied examples are Amur falcon Falco amurensis and common cuckoo Cuculus canorus, both known to cover the longest migratory distances among East Asian landbirds (Dixon et al., 2011; Townshend, 2016a; Bulyuk et al., 2018; Figure 2A).



BREEDING DISTRIBUTION OF MIGRATORY LANDBIRDS

The varied ecosystems of northeast Asia form the core breeding grounds of most migratory landbirds in the EAF (McClure, 1974; Nisbet, 1976; Yong et al., 2015). These include temperate broadleaf forests in China, Japan and the Korean Peninsula, which support the highest diversity of (migratory) breeding landbirds, as well as boreal (taiga) forests and Arctic tundra, which support a more depauperate breeding landbird fauna (Ganter and Gaston, 2013; Figure 3). There are fewer than 20 landbird species regularly breeding in the Arctic, only five of which are strictly associated with this biome (Vaughan, 2010; Ganter and Gaston, 2013). The migration patterns of Arctic-breeding landbirds are not well known, as the movements of only one species, the snow bunting Plectrophenax nivalis, have been tracked and only in an American flyway (McKinnon et al., 2016). The natural history of the landbirds of eastern Russia, which forms the largest part of the EAF, has, however, been relatively well studied for over a century (Dementiev and Gladkov, 1951–1954). Extensive regional reviews are also available for northeast Russia (Kistchinski, 1968, 1988; Krechmar et al., 1991), Sakhalin Island (Nechaev, 1991) and the diverse broadleaf temperate forest of Primorsky Krai (Gluschenko et al., 2016). Similarly, reviews have been published on the Chinese, Korean and Japanese breeding bird fauna since the 1960s (Cheng and Li, 1955; Yamashina, 1961; Won et al., 1966; Won and Gore, 1971), whilst natural history studies of many species exist.
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FIGURE 3. Six major biomes in northeast Asia form the breeding range of most migratory landbirds in the EAF (Image credits: Pavel Ktitorov, Tiah Khee Lee, Heng Yee Cheng, Yann Muzika, Bjorn Olesen, Geoff Lim).


The broad distribution of birds in the eastern Palearctic (which overlaps in its entirety with the northern EAF) was first described by Shtegman (1938), who defined seven major habitat-associated groups across the wider Palearctic region. Based on this classification, most migratory landbird species in the EAF (finches, chats, thrushes, buntings and Phylloscopus warblers) belong to the Siberian (usually boreal forest or taiga species) or the Chinese faunal group (usually species of mixed broadleaf forests; see Shtegman, 1938). The ratio of migratory species progressively increases with latitude: the handful of Arctic-breeding species are almost all migratory, while the proportion of migratory species drops to 60–80% in the boreal and temperate biomes (Ganter and Gaston, 2013; Somveille et al., 2013), and even lower in the subtropics (Yong et al., 2015).



DISTRIBUTION AND ECOLOGY OF MIGRATORY LANDBIRDS IN THE TROPICS

The broad patterns associated with wintering landbird diversity and distributions across tropical Asia are relatively well described (Nisbet, 1976; White and Bruce, 1986). The diversity of wintering landbirds is highest in mainland Southeast Asia, followed by southern China and the Greater Sundas (McClure, 1974; Nisbet, 1976; Yong et al., 2015; Table 3), declining progressively through the Philippines and Wallacea toward Australia (White and Bruce, 1986). Unlike other Eurasian migratory systems, the EAF hosts a large number of insectivorous species that overwinter in forests, many with putative and/or narrow distributions (e.g., rufous-headed robin, blackthroat Calliope obscura, Gansu leaf-warbler Phylloscopus kansuensis and Ijima’s leaf-warbler Phylloscopus ijimae; see Yong et al., 2015). A few species, such as Gray’s grasshopper warbler Locustella fasciolata may be considered ‘extreme eastern’ landbird migrants that largely overwinter in eastern Indonesia (White and Bruce, 1986; Coates and Bishop, 1997; Allen, 2020). A handful of taxa have their core wintering ranges in New Guinea or continental Australia (e.g., white-throated needletail Hirundapus caudacutus) (White and Bruce, 1986; Tarburton, 2014; Menkhorst et al., 2017).


TABLE 3. Non-breeding distribution of migratory landbirds in different Southeast Asian regions and Australia.

[image: Table 3]Tropical broadleaf forests form the dominant wintering habitat for at least 90 migratory landbirds in the Southeast Asian tropics (Medway and Wells, 1976; Wells, 2007; Yong et al., 2015; Figure 4). An additional 60 species that rely on this habitat are Sino-Himalayan and/or short-distance migrants that breed at higher (subtropical and tropical) latitudes. The ecological niches occupied by these forest-dependent species vary considerably. Many occupy seasonal deciduous and evergreen forest mosaics, species wintering in the Greater Sundas mostly use evergreen (lowland) rainforests, while the few species reaching southern Wallacea are largely eurytopic (Schellekens et al., 2011). The elevational distribution of most forest-wintering taxa has been poorly defined, although some seem to be confined to lowlands or mountains (15 and 23 species, respectively). At least 36 species use inland freshwater wetlands, opportunistically exploiting wetland-like rice paddies (Figure 4) that represent the dominant anthropogenic land cover in many parts of tropical Asia (Round, 2008). As the region was formerly dominated by forests, the historical distribution of species assemblages currently associated with open anthropogenic landscapes is unclear. Nevertheless, some almost certainly have expanded their distribution to colonize new habitats created by the clearance of the climax vegetation (Yamaura et al., 2017). In Indonesia, starlings and other wintering species are now reported from urban areas and heavily modified mosaics of coastal vegetation (Diniarsih et al., 2016), suggesting some level of adaptability.
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FIGURE 4. Relative importance of biomes in tropical Asia for wintering migratory landbirds. Cultivated land, such as rice paddies, is among the most important of the human-modified landscapes for migratory landbirds (Image credits: Yong Ding Li). Grey bars (breeding species), white bars (wintering species), black bars (species on stopover).




POPULATION TRENDS OF LANDBIRDS IN EAST ASIA – THE CURRENT EVIDENCE

Ever since Silent Spring (Carlson, 1962) raised the alarm on bird declines globally, landbird population declines have been widely reported in Europe and North America (Terborgh, 1992; Vickery et al., 2014; Rosenberg et al., 2019). Long-term population trends for European species became available based on the large datasets collected by various large-scale bird monitoring and ringing schemes (Vorisek et al., 2008). In East Asia, the first worrying trends were detected in Japan, with declines found to be associated with forest-dependent and long-distance migrant species (Higuchi and Morishita, 1999; Amano and Yamaura, 2007), and further evidenced in Japan’s national-level bird atlas (Japan Bird Research Association, 2021). Wells (2007) reported larger declines for landbirds that rely on tropical forests as wintering habitat in the Thai-Malay Peninsula and data from Thailand also suggest a decline of at least some species (e.g., tiger shrike Lanius tigrinus; Round, 2010).

In the past decade, drastic declines in the yellow-breasted bunting (Figure 5) have raised major conservation concerns (Kamp et al., 2015). This species used to be one of the most abundant Palaearctic birds with a vast breeding distribution from Fennoscandia to eastern Russia and Japan (Dementiev and Gladkov, 1951–1954; McClure, 1974). However, since the 1990s, its global population has declined by almost 90% (Kamp et al., 2015), with national-level declines reported from Russia, Japan and Korea (Tamada et al., 2014, 2017; Choi et al., 2020a; Park et al., 2020; Heim et al., in press) and the species was uplisted to Critically Endangered in 2017 (BirdLife International, 2020).
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FIGURE 5. Yellow-breasted bunting Emberiza aureola is the best example of an Asian landbird that has suffered steep declines in the recent decade (Kamp et al., 2015; Image credits: Michelle and Peter Wong).


A similar trend has been documented for the closely related rustic bunting Emberiza rustica, based on data from the breeding grounds in Russia (Yakovleva and Sukhov, 2017; Gerasimov and Lobkov, 2019), Fennoscandia and from stopover sites in China and Japan (Edenius et al., 2017). Buntings are typically widely distributed and thus data on their status and trends are available from multiple sites across their breeding range. Yet, for the majority of East Asian species with narrower distributions, little or no long-term monitoring data are available and it is nearly impossible to confidently elucidate population trends or conservation status (Yong et al., 2015).

Across the region, evidence for the decline of migratory landbirds has been growing steadily based on studies at stopover sites and the breeding grounds (see Supplementary Table 1). Based on diverse data sources, six breeding and migrating bunting species, including the once abundant rustic and chestnut buntings Emberiza rutila, were found to have declined in South Korea (Choi et al., 2020a). In Russia, significant declines have been detected for Pallas’s E. pallasi (Heim, 2017) and chestnut bunting (Valchuk et al., 2017) on migration and at breeding sites (Ananin, 2011). These patterns are consistent with the declining trends of passerine landbirds reported at ringing stations in mainland China (Jiao et al., 2016; Xu et al., 2017) and at breeding sites surveyed in Japan and Taiwan (Tamada et al., 2014, 2017; Kitazawa et al., 2020; Japan Bird Research Association, 2021), including the threatened fairy pitta Pitta nympha (Lin and Pursner, 2020). Meanwhile, population trends of landbirds on their wintering grounds remain largely unknown, even though the available evidence suggests declines for species that winter in India (SoIB, 2020) and Australia (Tarburton, 2014; see also Supplementary Table 1).

While many long-distance Asian migrants including those wintering in the tropics have suffered larger declines (Amano and Yamaura, 2007; Bourski, 2009; Ananin, 2011), consistent with patterns observed in the Western Palearctic (Vickery et al., 2014), the trends are inconsistent, even among species that share apparently similar migration strategies. The yellow-browed warbler has declined at both its breeding and wintering grounds (Ananin, 2010, 2011; Xu et al., 2017; SoIB, 2020), while increases have been documented for the closely related dusky warbler Phylloscopus fuscatus (Ananin, 2011; Gerasimov and Lobkov, 2019). There is an urgent need to understand overall population trends for migratory landbird species, drawing from monitoring work across the region. This will also help elucidate the specific threats and drivers of decline.



RANGE SHIFTS OF LANDBIRDS

Some observed changes in species population trends and densities of landbirds can be explained by shifts in breeding distributions and range limits. Many European and North American species show recent range shifts likely driven by changes in habitat availability accelerated by climate change (Virkkala and Lehikoinen, 2014; Whitaker, 2017). Similarly, in the EAF, northward and eastward shifts have been detected in the breeding distribution and range limits of several species across eastern Asia. Some Chinese breeding species (e.g., red-billed starling Sturnus sericeus, light-vented bulbul Pycnonotus sinensis and yellow-bellied tit Parus venustulus) were not recorded in the Korean Peninsula until 2000. All three have since expanded their distribution ranges northeast across the Yellow Sea and became locally common breeding species in South Korea (Choi et al., 2011). The range of the yellow-bellied tit has expanded even further north and it has colonized the Russian Far East (Fetting et al., 2016; Redkin et al., 2020). The widespread Palearctic-breeding fieldfare Turdus pilaris has shown a recent eastward expansion across Siberia. At the end of the 20th century, fieldfares bred as far east as Yakutia, west of the Aldan River, with no records east of the Verkhoyansky Mountains. Since 2009, the species has rapidly spread eastward, reaching Magadan in 2014 (Kondratyev, 2014), Kamchatka (Lobkov, 2015) and the Anadyr River by 2020, a range extension of more than 1,000 km.

There are other examples of range shifts at smaller spatial scales, as well as longitudinal shifts along the tundra-forest-tundra gradient, and in the northern taiga transition zones. Little bunting Emberiza pusilla, Arctic warbler Phylloscopus borealis and Common stonechat Saxicola torquatus, all characteristic boreal species, have shifted northwards and breed more regularly in the tundra and at more diverse locations than previously known (Andreev et al., 2015; Syroechkovskiy et al., 2019). On Sakhalin Island, black-browed reed warbler Acrocephalus bistrigiceps (Ktitorov and Zdorikov, unpublished data), and White’s thrush Zoothera aurea (Ktitorov et al., 2019) have recently colonized the northern parts of the island. In temperate and subtropical areas of China, several migratory cuckoo species have exhibited northward and eastward shifts (Sun et al., 2018).

Shifts in distributions and range limits of many species may be explained by changes in vegetation cover and associated habitat dynamics, often anthropogenically caused, or may arise due to the broader effects of warming driven by climate change (Virkkala and Lehikoinen, 2014; Box 1). According to modeled climate change scenarios, the distributions of most East Asian species are expected to be affected, including many that are already threatened (Hu et al., 2020). These distribution shifts need to be considered when planning conservation actions for migratory species. While there is a risk that observed distribution shifts may arise from geographical biases in sampling, they need to be monitored and carefully documented, as they may manifest in precipitous local declines, as seen in the near-endemic Japanese breeding subspecies of brown shrike (Kitazawa et al., 2020).


BOX 1. Land cover change in eastern Siberia and the Russian Far East: impacts on breeding birds.

The varied and complex ecosystems of eastern Siberia and the Russian Far East provide breeding grounds for most long-distance migratory landbirds in the EAF (Figure 3). Much of eastern Russia has a sparse human population and thus appears little disturbed, based on the limited extent of built environments, population density and infrastructure (Venter et al., 2016). Not surprisingly, this understudied, but ecologically complex region is frequently perceived as being covered by vast tracts of boreal forests. However, recent global assessments of intact forested landscapes reveal that the extent of old-growth forest cover is less than expected and is declining even in the most remote areas of eastern Russia (Potapov et al., 2008, Potapov et al., 2017; Global Forest Watch, 2014).

The main drivers of deforestation and land use change in eastern Russia include legal and illegal logging, both which are unsustainable (Vandergert and Newell, 2003), and fire. While most forest fires (65%) are anthropogenic, their prevalence has increased as a result of the earlier spring and summer thaw, presumably exacerbated by climate change (Achard et al., 2008). Logging and forest fires mostly affect the more developed, southern regions of the Russian Far East (Kurdykov and Volkovskaya-Kurdyukova, 2016; Heim et al., 2019), but forest fire hotspots are becoming increasingly prevalent further north, particularly in central Yakutia and have even penetrated the forest-tundra zone of southern Chukotka (Achard et al., 2006).

Land cover changes associated with shifting agricultural policies have attracted less attention, but have a discernible effect in shaping Siberian ecosystems. The collapse of the Soviet Union in 1991 triggered the abandonment of vast areas of cropland and pasture, especially in southern Siberia and in the Far East. Since 2016, some areas have reverted to agriculture (Prishchepov et al., 2020), but these remain negligible in eastern Russia, mostly concentrated along the Chinese border (Teluguntla et al., 2015: Global Cropland Database). This synergy of anthropogenic drivers and natural ecological processes is re-shaping landscapes in eastern Russia and has resulted in the replacement of the mosaic of old-growth forests and cultivated land by more uniform early- and mid-successional shrub or forest habitat (Heim et al., 2019), although some areas of old-growth forest show signs of recovery (Potapov et al., 2008, Potapov et al., 2017).

In the Arctic and sub-Arctic regions of eastern Russia, changes in the vegetation cover, particularly in the tundra and taiga-tundra ecotone have received little attention from ecologists. One of the most visible features of the Arctic landscape associated with climate change is ‘shrubification,’ characterized by an increase in cover, height and thickness of shrub vegetation (Tape et al., 2006; Forbes et al., 2010). In the eastern Russian tundra, larch Larix spp. and willow Salix spp. are growing taller, leading to gradual transformation of the taiga-tundra transition zone into true taiga and the encroachment of shrubland into tundra (Forbes et al., 2010; Frost and Epstein, 2014; Heim et al., 2021). Remote sensing analyses show hotspots of tundra greening in many areas of the Russian Arctic (Frost and Epstein, 2014).

The large-scale consequences of land cover change for migratory landbirds have not been studied, partly due to the lack of a nation-wide bird monitoring scheme in Russia. However, these changes are presumably complex and multi-directional, affecting species dependent on old-growth forests negatively, but favoring species that exploit post-fire successional vegetation and forest edges (Osipov and Biserov, 2017). Based on the observed directionality of vegetation change, it is possible to make some broad predictions: (1) forest edge and shrub-dwelling species (i.e., most boreal-breeding migratory passerines) should benefit from increased habitat availability, while (2) old-growth forest species (e.g., large diurnal and nocturnal raptors) and (3) open habitat species (e.g., various bunting species) may suffer from a reduction of habitat.





THREATS TO MIGRATORY LANDBIRDS

The threats faced by migratory landbirds in the EAF are poorly understood compared with those faced by waterbirds, which have been extensively studied in the past decade (Studds et al., 2017; Gallo-Cajiao et al., 2020). Given that most landbirds in the region (Figure 4) are somewhat dependent on forests as stopover and non-breeding habitat, forest loss and degradation are predicted to be major threats. Intensive land management, especially intensive agriculture, often with heavy pesticide use, presumably also affects species stopping over or wintering in rice paddies or other cultivated land. It remains unclear how complex land use changes and land management regimes will impact bird populations across Asia under different climate change scenarios. Meanwhile, the intense harvesting of wildlife for use as food or pets has been directly implicated in the decline of several migratory landbirds in the EAF, the best known being the yellow-breasted bunting Emberiza aureola (Chan, 2004).


Habitat Loss and Degradation

Forest loss and degradation affect many migratory landbirds throughout their distributions in the EAF, particularly at the tropical wintering grounds (Amano and Yamaura, 2007; Yong et al., 2015). Asian tropical lowlands have suffered the highest rates of forest loss globally (Corlett, 2014; Stibig et al., 2014; Namkhan et al., 2021). Extensive deforestation throughout the lowlands of the Greater Sundas is predicted to affect both globally threatened and more common species that winter predominantly in lowland forest (Wells, 2007; Yong and Liu, 2015). In one of few assessments of wintering forest landbird assemblages, Wells (2007) observed that the densities of Siberian blue robin Larvivora cyane were substantially lower in Malaysian hill-slope forests and in disturbed or agricultural habitats compared to old-growth lowland rainforests, suggesting that this common wintering species is sensitive to lowland deforestation.

Montane forest cover in Southeast Asia has been relatively less affected compared to the lowlands (Soh et al., 2019), and therefore species wintering in montane forests have been presumed to face lower risk. Yet, montane forests are also under increasing pressure (Peh et al., 2011; Zeng et al., 2018). In northeast India and Bangladesh, deforestation on mountains is driven by illegal logging and clearing for tea plantations and other fast-growing plantation species, exacerbated by ongoing shifting cultivation (Rasul, 2007; Lele and Joshi, 2009); in upland parts of Southeast Asia, expansion of vegetable farms is known to drive deforestation (Poudel et al., 1998). In mainland Southeast Asia and southern China, shifting cultivation has affected large tracts of montane forest landscapes (Fox et al., 2014). It remains unclear how such extensive land use change (perhaps in synergy with climate-change shifts) may impact species using tropical montane habitats. Anecdotal evidence suggests that montane species, including wintering landbirds, may be better adapted to exploit habitat mosaics and successional growth (e.g., Diamond and Lovejoy, 1985) and are therefore less sensitive to habitat degradation compared to lowland-dependent species.

The impact of wetland conversion on migratory landbird communities is another major knowledge gap. Until recently, only anecdotal observations were available, along with a few studies from coastal marshes in China and Japan (Ma et al., 2007). Across the floodplains of the major rivers in southern China, Southeast Asia, Bangladesh and northeast India, most climax wetland vegetation (e.g., seasonally inundated grasslands and marshland on floodplains) has been heavily modified and largely replaced by extensive areas of rice paddies, tea gardens and other agriculture (Round, 2008; Prokop, 2018). Rice paddies can support a subset of the migratory bird assemblages associated with freshwater wetlands (Round, 2008; Wong et al., 2009; Fujioka et al., 2010; Wood et al., 2010). For instance, on the Chao Phraya floodplains in central Thailand, the rice harvest period coincides with the arrival of migratory species. The leftover stubble is used by raptors, insectivores, such as bluethroat Luscinia svecica and eastern yellow wagtail Motacilla tschutschensis, and granivores, such as yellow-breasted bunting (McClure, 1974; Round, 2008). Similar examples have been documented in Indochina, Malaysia and southern China (Wong et al., 2009; Azman et al., 2019). In Timor in Wallacea, heavily grazed and modified floodplains support a few migratory species, such as eastern yellow wagtail (Trainor et al., 2007).

Widespread land-use change, in particular agricultural intensification with the associated loss of fallow and increased pesticide use, may have contributed to the declines of wintering buntings in Southeast Asia, and species that feed on large insects, such as shrikes and drongos (Round, 2008; Kitazawa et al., 2019). Meanwhile, changing water management and cropping regimes in rice paddies may affect wintering landbird assemblages to the detriment of species with specialised ecological needs. Across Southeast Asia, formerly rain-fed, single-crop rice (including floating rice) has now been extensively replaced by multi-cropped rice that demands intensive irrigation (Round, 2008). An associated reduction in fallow duration and the extent of fallow fields and paddy stubble may reduce food resources and habitat available to wintering birds. In the floodplain wetlands of Candaba in Luzon (the Philippines), which was the only known regular wintering site for the Endangered streaked reed-warbler Acrocephalus sorghophilus, the original natural wetlands have been converted to rice paddies, while intensive land management practices limit natural succession, reducing possibly essential habitat diversity (Round and Allen, 2010).



Hunting as a Threat to Migratory Landbirds

The hunting or trapping of wild birds in East and Southeast Asia is driven by diverse socioeconomic forces, with considerable variation across the region. Bird trapping to supply the pet trade is undoubtedly the leading driver of take in Southeast Asia and parts of China (Dai and Hu, 2017; Harris et al., 2017). It has been implicated in the fast deteriorating status of robins, thrushes, white-eyes, bulbuls, starlings and many other species (Eaton et al., 2015). Bird trapping has been most severe in Indonesia, where the practice of keeping pet birds is a well-established local tradition (Jepson and Ladle, 2005; Nijman, 2010) and it is estimated that 66–84 million individuals of songbirds are kept in Java alone (Marshall et al., 2020). Although surveys have revealed migratory songbirds, such as Siberian thrush Geokichla sibirica and Siberian rubythroat, in the Southeast Asian pet trade (Yong et al., 2015; Chng and Eaton, 2016; Chng et al., 2018), the degree to which trapping pressures have impacted their populations remains unclear.

Even less is known about the extent to which migratory raptor populations have been impacted by trapping in northern Asia. There is robust evidence that illegal capture in Mongolia, China and Russia to supply falconry and taxidermy markets outside the region has decimated saker Falco cherrug and other migratory falcon populations (Gombobaatar et al., 2004; Lobkov et al., 2011; Stretesky et al., 2018). In Russia, several thousand falcons were illegally caught for export in 2012–2016 and trade in falcons increased between 2006 and 2017 (Lobkov et al., 2011; Wyatt, 2011; Krever and Ivannikova, 2020), despite law enforcement efforts. In Southeast Asia, raptors including various migratory species are commonly traded in pet shops or on social media platforms (Iqbal, 2016; Paridi and Noske, 2017).

Hunting of wildlife for subsistence and the trade in wild meat and traditional medicines directly threaten a wide range of vertebrate species in much of Southeast Asia, the Philippines and parts of southern China (Nijman, 2010; Lee et al., 2014; Harrison et al., 2016). Unsustainably high levels of exploitation to supply local, domestic and international demand for wild meat have decimated vertebrate fauna and hunting is now recognized to be a more immediate threat to Southeast Asian vertebrate fauna than deforestation and logging (Tilker et al., 2019). Recent work is beginning to unravel the scale and impact of hunting on wild bird populations in Asia (Kamp et al., 2015; Gallo-Cajiao et al., 2020), particularly for small migratory songbirds (Box 2).


BOX 2. The role of trade in the decline of migratory passerines.

The global demand for wildlife for human consumption and the pet trade affects much of the world’s vertebrate biodiversity (Scheffers et al., 2019) and has driven the unsustainable take of many birds, bringing several species in Asia close to extinction (Sodhi et al., 2004; Eaton et al., 2015; McEvoy et al., 2019). Given that long-distance migratory passerines tend to build up significant fat stores in preparation for migration (Bairlein, 2002), it is not surprising that such species are targeted as food by humans. In parts of China and in certain Southeast Asian countries, the illegal capture and trade of small passerines for food occurs at a very large scale (Kamp et al., 2015). For instance, an estimated 120,000 songbirds were confiscated in Dongli, Tianjin in September 2018 alone (Anon, 2018). In another incident, poachers made a profit of over 140,000 USD from 510,000 songbirds trapped illegally within 40 days (Wen, 2018). In many instances, birds are kept in flat cages and are fed chemical agents to be fattened (Li, 2016). Barn swallows are trapped on an industrial scale in northern Laos, exceeding an estimated 100,000 individuals per year (Evans et al., 2000; Figure 6A). Similarly, thousands of eyebrowed thrushes Turdus obscurus are harvested in parts of Sumatra, Indonesia (Iqbal et al., 2014).


[image: image]

FIGURE 6. Migratory landbirds are heavily hunted in Southeast Asia and parts of China for the pet trade, and for food. (A) Grey-faced buzzard Butastur indicus for sale at a pet shop, (B) various swallow species are caught in large numbers for human consumption in northern Laos (Image credits: Yong Ding Li).


Until the 2000s, the species most traded for food in China was believed to be the yellow-breasted bunting. Since this species has declined catastrophically (Kamp et al., 2015), poachers appear to have shifted their attention to other species (Heim et al., in press). For example, 33,000 chestnut buntings and 2,000 chestnut-eared buntings Emberiza fucata were confiscated in a single raid in November 2019 in Pingle, Guangxi. Other species often found in ‘fattening centers’ include yellow-browed E. chrysophrys and black-faced bunting E. spodocephala and common rosefinch Carpodacus erythrinus (Let Wild Birds Fly, 2016).

Meanwhile, the pet trade also drives the harvest of large numbers of migratory passerines and raptors. Siberian rubythroats, long-tailed shrikes Lanius schach, and black-naped orioles Oriolus chinensis are among the more commonly traded species. Surveillance work has revealed a diversity of passerines, including thrushes, starlings, flycatchers and raptors being trapped in the wild and sold in pet bird shops from Vietnam to Indonesia (Iqbal, 2016; Chng et al., 2018; Figure 6B).

Amidst increasing efforts to tackle bird hunting, better monitoring of the vast trade in migratory birds across Asian countries is urgently required. There is a need, (1) to analyze whether the levels of illegal (and legal) hunting are sustainable and, (2) to assess if ongoing hunting could lead to further population declines, as already shown for some migratory taxa, such as waders (Gallo-Cajiao et al., 2020).



In some parts of Southeast Asia, the number of passerines taken to supply domestic demand for wild meat is potentially unsustainably high (Evans et al., 2000; Davenport and Heatwole, 2013), but surprisingly little monitoring exists. Wild meat markets selling high volumes of birds have been documented in Myanmar, Laos, Indonesia and northeast India (Brickle et al., 2008; Bhupathy et al., 2013). Studies of traditional hunting activities by local people at migration hotspots in China and the Philippines have also warned of the high number and diversity of species taken (McClure, 1974; Alonzo-Pasicolan, 1992; Aquino, 1997; Wang et al., 2000). Commercially produced mistnets, which are now widely available, and improvised fishing nets are extensively used in paddy fields and aquaculture areas for both bird hunting and crop protection (Evans et al., 2000; Gallo-Cajiao et al., 2020). Nets have also been used to reduce bird-strike at airfields (Townshend, 2016b).

In many parts of Southeast and East Asia, the deliberate release of captive wild animals for religious purposes or ‘merit release’ is well established in Buddhist tradition (McClure, 1974; Severinghaus and Chi, 1999; Chan, 2004). Gilbert et al. (2012) reported 57 species from bird sellers from Phnom Penh, Cambodia alone, with an annual turnover reaching 700,000 individuals, including large numbers of migratory passerines, such as swallows. In Thailand, Cambodia, and Myanmar, countries where religious releases are ubiquitous, the cumulative impact of merit release on migratory landbird populations is likely to exceed many millions of swallows, wagtails, reed warblers and other small passerines. While most individuals will be released back to the wild, release often occurs in unsuitable habitat and high mortalities during transport and capture can be expected (Clewley et al., 2018).

Drawing from diverse sources, we found evidence of trapping or trade for at least 180 of the over 380 migratory landbird species, representing nearly half (47%) of all species in the EAF (see Supplementary Table 2). The actual number of species involved is likely to be much higher, given that market and community surveys typically fail to identify many individuals to species, especially leaf-warblers, white-eyes and other difficult groups (Rentschlar et al., 2018). In several families (cuckoo-shrikes, pigeons and doves, drongos, starlings and buntings) almost all migratory species are affected by some level of trapping or trade in the region, whereas other families (swifts and accentors) seem to be unaffected.



KNOWLEDGE GAPS

Various knowledge gaps hinder our present understanding of many aspects of landbird migration in the EAF. The basic ecology of many landbirds, their migratory routes and conservation status, as well as the key threats and causes of decline still require study (re-worded due to poor structure). The increasing availability of novel tools to track migration is rapidly improving the situation. Unlike in Europe and North America, the lack of systematic, large-scale monitoring schemes with coordinated data collection across most parts of Asia means that it is difficult to determine broad population trends for migratory species. There is, however, a potential for citizen science to fill such gaps in the coming decades (Tulloch et al., 2013a, b), and there are already good precedents from the region, especially in Japan and Taiwan (Lin and Pursner, 2020; Japan Bird Research Association, 2021).


Gaps in Knowledge of Migratory Routes and Connectivity

Data on migratory routes are now available for some raptors and larger songbirds (Figure 2 and Table 2). Apart from the studies of the eastern populations of some wide-ranging species, conducted by Japanese and Korean researchers, surprisingly few small Siberian passerines have been tracked (Heim et al., 2020). Large knowledge gaps remain for owls, nightjars, rollers, doves, and many passerines, including most thrushes, flycatchers and leaf-warblers. Tracking the migratory routes of particular species and populations has been instrumental in improving our understanding the migration ecology and survival of landbirds. There are ample opportunities for continued work to identify routes under threat, geographical connectivity, habitat use and key stopover areas, all of which have direct implications for conservation (Runge et al., 2014; McKinnon and Love, 2018). Indeed, several projects have been established to track the migration of some species (Townshend, 2019) aided by novel field techniques, such as the use of sound (Senda et al., 2018) and blue light (Zhao et al., 2020) to attract birds, which have increased the number of birds ringed during migration.

Light-level geolocators (Aoki et al., 2020; Heim et al., 2020), collaborative tracking network systems, such as the Motus automated radio telemetry arrays (Taylor et al., 2017) and GPS-based tracking systems may all offer cost-effective means to fill knowledge gaps on the migration and distributions of landbird migrants in the EAF. These methods may be complemented by molecular approaches (Seki and Ogura, 2007; Aoki et al., 2020) and intrinsic markers, such as stable isotope signatures in tissues (Choi and Nam, 2011; Choi et al., 2020b). For instance, genetic markers have been used to infer the breeding areas of migrating Ryukyu robins Larvivora komadori (Seki and Ogura, 2007). Stable isotopes from feathers have been used to link breeding and non-breeding areas (Choi and Nam, 2011; De Jong et al., 2019) and to determine migration patterns (e.g., leap-frog versus chain migration; Weng et al., 2014; Choi et al., 2020b). Stable isotope analysis can also provide missing data on the diets and molting patterns of migratory birds during stopover. Despite this, some challenges remain. For instance, no calibration algorithm between precipitation and feather isotope values is available for Asian landbirds (Choi et al., 2020b). Broad longitudinal similarities of hydrogen isotope ratios across Siberia make it difficult to pinpoint precise breeding areas for some species (Choi and Nam, 2011; De Jong et al., 2019) and stable isotope ratios may also be influenced by feeding habitats and environmental pollutants (Sun et al., 2012).



Gaps in Knowledge of Species Ecology and Natural History

Compared to other flyways, the ecology of migratory landbirds in non-breeding areas in the Asian tropics remains poorly understood (Newton, 2010; McKinnon and Love, 2018). For instance, the rufous-headed robin Larvivora ruficeps is relatively well-documented at its breeding ground in central China (Zhao et al., 2017), but its wintering distribution in the tropics was entirely putative (Medway and Wells, 1976; Nisbet, 1976) until recent observations (Lim et al., 2020). In another example, the streaked reed warbler is on the verge of extinction, yet its breeding distribution remains largely undetermined (Round and Allen, 2010; Allen, 2020). Similarly, until recently, movements of most migratory raptors in Southeast Asia were known only through direct observations at bottleneck sites in northern Vietnam, the Thai-Malay Peninsula, the Greater Sundas and the Philippines (Tordoff, 2002; Nijman et al., 2006; Germi et al., 2009). Tracking studies (Higuchi et al., 2005; Shiu et al., 2006) have substantially improved understanding of the movements and ecology of some species, such as the Oriental honey buzzard. The wintering ecology of most raptors, however, remains scarcely studied (but see Syartinilia et al., 2015).

Furthermore, there are significant gaps in knowledge on how habitat conversion, loss and degradation impact assemblages of migratory landbirds in forests, cultivated areas and freshwater wetlands, especially at their wintering grounds. A better understanding of the ecological traits of a species, such as age at first breeding, clutch size, survival and life history, migration patterns, population size and trends, and the threats it is facing can all inform conservation actions that may reduce the risk of extinction (Soulé and Orians, 2001). Generation length, migratory habits, habitat preference and diet have all been shown to influence the sensitivity of bird species to habitat loss (Newbold et al., 2013). Studying spatial and temporal changes in life history can help to identify specific threats (Bibby, 1992). Stage-based life histories could provide insight into the likelihood of decline toward extinction for species facing anthropogenic threats (Van Allen et al., 2012).

Obtaining such information is not only costly and labour intensive, but also presents major challenges, particularly for rare and cryptic species (Soulé and Orians, 2001). Citizen science data now occupies a more prominent place in modern ornithology and can help fill many knowledge gaps (Tulloch et al., 2013b; Hu et al., 2020). Besides popular platforms such as ebird.org (1.1 million bird checklists for India, 84,000 for Thailand, 62,000 for China and 23,000 for Russia by December 2020) and iNaturalist.org (81,000 observations for India, 14,000 for Thailand, 18,000 for China and 230,000 for Russia by December 2020), species-specific or threat-based citizen science projects are also becoming more ubiquitous. A bird-window collision study in South Korea received over 16,000 case records in two years, as of December 2020; see Kim, 2018) and citizen science datasets are increasingly informing studies in East Asia (Heim et al., 2020; Tsai et al., 2021). Over time, more structured and focused citizen science effort can complement and enhance studies by professional researchers (Tulloch et al., 2013a).



Gaps in Understanding the Ecosystem Roles of Migratory Landbirds

Birds are among the most abundant and widely distributed group of terrestrial vertebrates in Asian ecosystems. Birds provide key ecosystem services, including the maintenance of food webs, and ecosystems functioning as foragers, predators, prey, seed dispersers, and pollinators (Şekercioğlu et al., 2004; Whelan et al., 2008). Specifically, migratory bird species play important roles in linking ecosystem processes and fluxes over great distances and times (Whelan et al., 2008) by supporting, regulating, and transferring ecosystem processes and the associated benefits along their migratory routes (Bauer and Hoye, 2014; López-Hoffman et al., 2017). Nutrient cycling and flow, and energy transfer across ecosystems and biomes at large spatial scales are key ecological contributions of migratory species (López-Hoffman et al., 2017), yet the specific roles played by migratory landbirds are largely unstudied. Meanwhile, common species play prominent roles in natural and anthropogenic ecosystems by contributing provisioning, regulating, supporting and cultural ecosystem services (Whelan et al., 2008) and by driving biotic interactions (Gaston, 2010). Inevitably, the decline of common migratory landbirds can thus be expected to drive a disproportionate loss in ecological services, with consequences on ecosystem functioning and processes, but the mechanisms of how these services may be impacted remain unstudied.

While there is limited evidence of disease transmission by migratory birds (McClure, 1974; Kim et al., 2012a; Moriguchi et al., 2016), their role as vectors and transporters of recently identified pathogens is largely unclear (Choi et al., 2015). More research on invasive species, known pathogens and other microorganisms carried by migratory landbirds will increase our knowledge of emerging diseases and protect animal and human health (World Health Organisation, 2017).

The EAF connects at least 20 countries, each with its unique culture and traditions. Migratory birds link these countries by providing cultural services, as they inspire art, local customs and recreation (Higuchi, 2005; Whelan et al., 2008; López-Hoffman et al., 2017). Aggregations of migratory birds often generate direct economic opportunities through ecotourism activities, such as birdwatching, which is rapidly growing in mainland China (Ma et al., 2013) and parts of Southeast Asia and Russia. Clearly, improved knowledge of the ecosystem roles and services provided by migratory landbirds has the potential to increase public awareness, and thus provide a stronger rationale to support conservation efforts targeted at migratory species.



CONCLUSION

The study of migratory landbirds in the EAF has advanced greatly since the 1950–1960s (Dementiev and Gladkov, 1951–1954; McClure, 1974). Novel methods and tools in tracking technology (Higuchi, 2005; Yamaura et al., 2017; McKinnon and Love, 2018; Heim et al., 2020), molecular/stable isotope analyses, (Choi et al., 2020b), and the advent of citizen science platforms offer exciting new sources of data to better infer the migration patterns and ecology of East Asian landbirds (Supp et al., 2015; Heim et al., 2020). Together, these complement other, more traditional approaches in the bird migration ‘toolbox’, such as ringing (Fiedler, 2009). These novel approaches have accelerated efforts to study landbird movements at the EAF continental scale and yielded new insights on the ecology of migrants. The newest tracking technologies, such as geolocators and ICARUS (Curry, 2018) enable the tracking of ever smaller animals to elucidate previously unknown migratory routes and patterns, further demonstrating the connectivity of bird populations, especially for widely distributed species and those with disjunct subpopulations. When contextualized against environmental datasets and ecological theory, the tracking of migratory species can play a major role in informing conservation strategies.

Despite recent advances, large knowledge gaps remain with regard to the migration ecology of EAF landbirds. We still lack an adequate understanding of the life histories and distribution of many landbird species, and their population trends in much of the region. There is an urgency to better understand the ecology of migratory species in tropical Asia, where species are most impacted by hunting and other forms of exploitation, and by habitat loss and land use conversion arising from human population pressure. This is particularly so as these drivers of decline are likely to be exacerbated by climate change, as observed in other migratory flyways (Sanderson et al., 2006; Vickery et al., 2014).

Specifically, there is a need to better understand, (1) the life histories and community ecology of migratory landbirds across different landscapes at non-breeding grounds, especially in tropical forests and cultivated landscapes, (2) the migration routes and connectivity of different populations, (3) the threats affecting species during their annual cycle, (4) the ecological roles played by migratory landbirds, such as the long-distance dispersal of plants and microorganisms, and (5) the conservation importance of sites used during the non-breeding period and migration bottlenecks.

Last, there is a need to improve monitoring frameworks to assess the population trends of migratory landbirds at broad spatial scales. Monitoring programs are crucial for identifying declines, population shifts and specific threats that underpin conservation actions. Currently, robust country-wide monitoring frameworks are established in South Korea and Japan (e.g., Choi et al., 2020a; Japan Bird Research Association, 2021), but are lacking elsewhere in the countries of the EAF. Going forward, there is much potential for strengthened regional collaboration between countries in the EAF to establish standardized monitoring programs for migratory landbirds.
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The continued loss, fragmentation, and degradation of forest habitats are driving an extinction crisis for tropical and subtropical bird species. This loss is particularly acute in the Atlantic Forest of South America, where it is unclear whether several endemic bird species are extinct or extant. We collate and model spatiotemporal distributional data for one such “lost” species, the Purple-winged Ground Dove Paraclaravis geoffroyi, a Critically Endangered endemic of the Atlantic Forest biome, which is nomadic and apparently dependent on masting bamboo stands. We compared its patterns of occurrence with that of a rare “control” forest pigeon, the Violaceous Quail-Dove Geotrygon violacea, which occurs in regional sympatry. We also solicit information from aviculturists who formerly kept the species. We find that the two species share a similar historical recording rate but can find no documentary evidence (i.e., specimens, photos, video, sound recordings) for the persistence of Purple-winged Ground Dove in the wild after the 1980s, despite periodic sighting records, and after which time citizen scientists frequently documented the control species in the wild. Assessments of the probability that the species is extant are sensitive to the method of analysis, and whether records lacking documentary evidence are considered credible. Analysis of the temporal sequence of past records reveals the extent of the historical range contraction of the Purple-winged Ground Dove, while our species distribution model highlights the geographic search priorities for field ornithologists hoping to rediscover the species—aided by the first recording of the species vocalizations which we obtained from interviews with aviculturists. Our interviews also revealed that the species persisted in captivity from the 1970s until the 1990s (up to 150 birds), until a law was passed obstructing captive breeding efforts by private individuals, putting an end to perhaps the best chance we had to save the species from extinction.

Keywords: sighting record, extinction, citizen science, avian conservation, deforestation


INTRODUCTION

Understanding the magnitude of global biodiversity loss is a fundamental goal for conservation, but ascertaining whether a species is extinct or extant becomes extremely problematic the rarer a species becomes (Diamond, 1987). Rediscoveries of “missing” species happen not infrequently; for example, at a rate of approximately 30% of mammals “claimed or suspected to be extinct” (Fisher, 2011; Fisher and Blomberg, 2011). Local and Global Red Lists reporting extinctions must balance this uncertainty, given that failure to report an extinction leads to conservative estimates of the current extinction crisis and false reporting of extinction may lead to the withdrawal of conservation support for a still-extant Critically Endangered (CR) taxon (Collar, 1998). Red Lists tend to be conservative, so missing species are in many cases not formally listed as extinct for decades after the last sighting. The problem of ascertaining species persistence is most acute in the humid tropics where species richness and extinction rates are highest and where field surveys have traditionally been least intense (Butchart et al., 2018). Extensive targeted field surveys are typically the best way of rediscovering “lost” taxa yet these surveys are often expensive and difficult to implement for low-density wide-ranging species. Thus, in many cases, it may be important to find methodologies to make better use of existing occurrence data (Newbold, 2010).

Birds are the best known of the world’s biota but even in this Class, species discoveries and rediscoveries are an annual occurrence (Scheffers et al., 2011). The Atlantic Forest of eastern South America has been the concurrent scene of both the suspected global extinction of a number of threatened species and the discovery of entirely new bird species to science (Lees and Pimm, 2015). Most of the species for which there are few or no confirmed recent records are microendemics. One new species, the Cryptic Treehunter (Cichlocolaptes mazarbarnetti) was formally described after its suspected global extinction (Mazar Barnett and Buzzetti, 2014; Butchart et al., 2018). One forest-associated species, the Purple-winged Ground Dove (Paraclaravis geoffroyi), stands out as anomalous given that it has a broad geographic range size spanning 644,000 km2 in the Atlantic Forest of Brazil, Argentina, and Paraguay (Figure 1; BirdLife International, 2021). This species is thought to be nomadic, in Argentina following flowering events of only two species of bamboos: takuarusu (Guadua chacoensis) and yatevo (G. trinii; Areta et al., 2009). The species was historically found with some regularity within its wide range, with Göeldi (1894) reporting the species to be common in the lowlands around Guanabara Bay in Rio de Janeiro. It is now listed as Critically Endangered on the IUCN Red List (BirdLife International, 2021) and Critically Endangered (Possibly Extinct) on the Brazilian Red List (MMA, 2014) following a long decline thought to be driven by the loss, fragmentation, and degradation of its forest habitats, exacerbated by its specialized nomadic lifestyle (Areta et al., 2009; Areta and Cockle, 2012). Collar et al. (1992) considered it to be “now close to extinction,” although it continues to be reported periodically and Butchart et al. (2018) calculated a probability that the species is extant of 0.9 (where 1.0 is definitely extant). Its probability of extinction in the next 100 years was calculated via a different method as 0.8 (Andermann et al., 2021). Purple-winged Ground Doves occur in sympatry with the superficially similar Blue Ground Dove (Claravis pretiosa) and the two species can be easily confused with inadequate field views, which may lead to false-positive or false-negative detections of the rarer species. The lack of sound recordings of Purple-winged Ground Doves constitutes a main obstacle for active and passive searches.
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FIGURE 1. Distribution of Purple-winged Ground Dove according to the current range map by BirdLife International, 2021 as well as places mentioned in text, including sites of specimen records.


Herein, we develop an analysis pipeline that can be used to ascertain the persistence of “missing” bird species. We collate spatiotemporal distributional data on the Purple-winged Ground Dove derived primarily from citizen science initiatives and compared this with data available with a “control” forest pigeon of similar historical rarity which occurs in regional sympatry and examine a time series of records of variable evidence to calculate extinction likelihood. We then map all records of Purple-winged Ground Dove and build a species distribution model to identify where this species should be sought if extant. We compile citizen science image data for its most closely related allopatric species to assess possible differences in detectability. Finally, we interview bird breeders who historically kept the species frequently in captivity (King, 1978–1979), to gain insights into the species’ life history and decline, and report on the first known sound recording of the species.



METHODS


Study Species

In order to ascertain the current and historical status of the Purple-winged Ground Dove, we harvested data from different sources including (1) records listed in the primary academic and gray literature resulting from targeted surveys for this species and general bird surveys, (2) specimen records (including tissue samples), (3) rich media sources (photo, video or audio) archived on citizen science initiatives or social networks, and (4) undocumented sight records from citizen science initiatives. Given that Purple-winged Ground Dove has had various taxonomic aliases over the centuries having been assigned to four genera: Columba, Peristera, Claravis, and now Paraclaravis and with two applicable species names, godefrida, and geoffroyi, we used all historically valid combinations to find references to the species (Areta et al., 2009; Sangster et al., 2018). Given the likelihood of spatiotemporal biases and changes in sampling effort, we also gathered data for another rare understorey forest-associated pigeon species occurring in regional sympatry—the Violaceous Quail-Dove (Geotrygon violacea), known from relatively few records in the Atlantic Forest region. Both taxa are skulking forest understorey species which we assume have broadly similar detection probabilities although they do have some subtle ecological differences and are not congeneric. We incorporated data into the analysis from information posted online up until December 2019. We also compiled image data for the extant, allopatric sister species of Purple-winged Ground Dove, the Maroon-chested Ground Dove (Paraclaravis mondetoura) to assess possible differences in detectability between it and Violaceous Quail-Dove, assuming that the life history and ease of detection of these two Paraclaravis species are very similar.



Records Search

To locate published historical records (see literature list in Supporting Information Table 1), we searched the Google Scholar1 and the Web of Science2 databases to locate peer-reviewed publications and grey literature citing records of these species and by checking through reference lists in each study identified. Additional (some unpublished) datasets were located based on our knowledge of historical studies and conversations with colleagues. We downloaded data for both species from eBird http://ebird.org/ and also extracted data from published records listed in, e.g., Collar et al. (1992) and Areta et al. (2009). We used the digital databases VERTNET3, specieslink4), and GBIF5 to search for pigeon specimens. We obtained data from specimens housed at the American Museum of Natural History (AMNH), Museo Argentino de Ciencias Naturales (MACN), Museu de Zoologia da Universidade de São Paulo (MZUSP), the Museu Nacional Rio de Janeiro (MNRJ), and the Museu Paraense Emílio Goeldi, Belém, Brazil (MPEG). Collecting localities were located using Paynter (1995) and Paynter and Traylor (1991). We also accessed data on banding records of both species from Argentina curated by the Centro Nacional de Anillado de Aves (CENAA)6 and requested data from Brazil held by the Centro Nacional de Pesquisa e Conservação de Aves Silvestres (CEMAVE)7.

Photographs, videos, and sound recordings, also termed rich media or digital vouchers, are important primary biodiversity records if they are diagnostic and accompanied by high-quality metadata (e.g., Lees et al., 2014). We searched for such materials using the portal iDigBio8 along with other websites dedicated to archiving bird images and sounds namely eBird/Macaulay Library9, Visual Resources for Ornithology (VIREO)10, WikiAves11, Fauna Paraguay12, and the broad repositories for the deposition of wildlife images: iNaturalist13, Project Noah14, and Discover Life15 and archival/encyclopedia sites Arkive16 and the Encyclopedia of Life17. We excluded records of sound recordings as there are no archived sound recordings of Purple-winged Ground Dove---including searching18 (although the call was described by Sick, 1997)—and so we did not include sound recordings of Violaceous Quail-Dove in the totals. We include data up to the end of the calendar year 2019.

We analyzed images from the two richest image datasets (Macaulay library and WikiAves) for Maroon-chested Ground Dove and for Violaceous Quail-Dove, to assess possible differences in detectability between the different taxa. Each photograph of these species was classified according to whether the bird(s) in it were on the ground or perched in vegetation. Our suspicion is that Violaceous Quail-Dove might spend more time on the ground and is thus likely to be more easily detected by an untargeted search, for example, when they walk on forest roads or trails. Doves perched in vegetation were assumed to be more difficult to detect unless they were vocalizing. All photos available up to October 23, 2020 were examined.



Distribution of the Purple-winged Ground Dove

To gauge range contraction, we calculated extent of occurrence (EOO), measured as a convex hull around occurrence points (IUCN, 2016) for the last two 15-year periods (approximately three generation lengths), corresponding to records post-2005 (n = 6) and for records from 1990 (n = 14). We also calculated the EOO for all records with coordinates (n = 68; Supplementary Table 1, supporting information), representing the maximum known historic range. To illustrate changing land cover dynamics within the range, we calculated habitat change within the 1990 Extent of Occurrence using land cover data from Hansen et al. (2013) and MapBiomas (MapBiomas Project, 2019). The former provides information on forest loss globally, while the latter provides more detailed land cover classes but just within Brazil. Net forest loss (Hansen et al., 2013, updated to 2019) was calculated as forest loss minus gain, starting from a baseline forest cover of >50% canopy cover in 2000 and may contain areas of plantation. The MapBiomas data was aggregated to four classes: agriculture (including pasture and plantations), forest, nonforest (including savanna, wetlands, and grasslands), and built-up (including urban areas and mining) and summed within the polygon. Calculations were made at native resolution of 30 m in Google Earth Engine for both data sets and clipped to the EOO polygon.

To identify areas to search for the species and to gauge search effort within its potential current range, we built a species distribution model following methods shown to have a higher performance for rare species with small numbers of observations (Breiner et al., 2015). Here, all possible combinations of bivariate models are built (that is, using just two predictors at a time), from which an ensemble is made, weighted by the value of Somer’s D from each bivariate model. Somer’s D, or Gini Coefficient, is a recalculation of AUC, giving more weight to models that perform well (Breiner et al., 2015). We used Maxent (Phillips et al., 2006) to build each bivariate model; it has been shown to perform well with sparse observations (as few as 10 records; Hernandez et al., 2006) and uses regularization as a form of variable selection, by shrinking predictor coefficients (Merow et al., 2013). Given the small numbers of records, we did not use hinge, threshold, or product features. We used threefold cross-validation, averaged over 10 runs, to produce accuracy metrics of AUC and Boyce’s Index (Hirzel et al., 2006). The final model was built with all occurrence points. We used R packages raster (Hijmans, 2020), ecospat (Broennimann et al., 2014), and sf (Pebesma, 2018) to perform all analyses. To focus on the current range, we included variables indicating current land cover, as well as climate and topography. Seven climate predictors, based on annual temperature and precipitation, were chosen from the suite of bioclimatic variables (bio02, bio04, bio05, bio06, bio12, bio13, bio15; Fick and Hijmans, 2017), topographic variables of elevation and slope were calculated from a digital elevation model (Jarvis et al., 2008), and current land cover was based on seasonal variation and cumulative Enhanced Vegetation Index (EVI), derived from MODIS satellite image, and combined over the period 2003–2014 (Radeloff et al., 2019). Predictors were chosen so that pairwise Pearson correlation coefficients were below 0.70 (Dormann et al., 2013). All predictors were used at a 1-km resolution. A trade-off between including sufficient observations and ensuring temporal coincidence between locality records and predictors is exacerbated with rare species. We included presence records within the last 30 years (≥ 1990). A 10% minimum omission threshold was used to produce a conservative binary map, showing the most probable area of presence. To estimate search effort and species absence, or at least nondetection, we extracted all point locations of complete eBird checklists (i.e., where bird observers have specifically noted that they were confident of recording all birds on a trip) without records of Purple-winged Ground Doves.



Ascertaining Extinction Probability

Given the exponential growth in biodiversity knowledge, it is likely becoming increasingly harder for “missing” species to evade detection, at least those for which detection and field identification in areas frequently visited by nonspecialists is an achievable goal. The record of the sightings of a species through time provides a basis for statistical inference about its possible extinction. Given the often-limited information available on many species, such methods have often concentrated on inferring extinction based on historical sighting events data (Rivadeneira et al., 2009). To infer possible extinction dates from our time series of records, we utilized the models of Strauss and Sadler (1989); Solow (1993); McInerny et al. (2006) applied using the spreadsheet of Rivadeneira et al. (2009) to estimate the upper bound (95th percentile) of the confidence interval of extinction times. We calculated this value using the most robust data (documented records, i.e., specimens) as well as our full dataset (observations plus specimens). Details about the assumptions of the methods and programming code to implement them are available in Rivadeneira et al. (2009). Additionally, we used the method provided by Thompson et al. (2017) which was also used by Butchart et al. (2018) to calculate the extinction probability cited above. Thompson’s method requires upper and lower limits of probabilities of identification (by observers) and detectability to be determined for each record (Supplementary Table 2), as well as estimating the proportion of suitable habitat within the species’ range surveyed in dedicated and passive surveys (Supplementary Table 3). Passive surveys refer to any opportunity for sighting the species in years without records that are not part of surveys specifically aimed at finding the species in question (Thompson et al., 2017). We calculated probability of being extant for each year since 1894 with data from Butchart et al. (2018) and additional data from this study. We used upper and lower limits of 0.95–0.99 for identification probability of specimen records and conservative values of 0.50–0.65 for all sight records without evidence. We used eBird absence data to estimate proportion of range covered by passive surveys by calculating the total area of 5 km buffers around eBird checklist locations within the modeled range of the species for each year (see Supplementary Tables 1–3 in supporting information for all records and input data to models). Probabilities of identification and detectability followed Butchart et al. (2018) for surveys. We projected extinction risks to 2030 by assuming no further records and that the area of passive surveys would increase linearly—a precautionary assumption, given that we have not included WikiAves image records which represent the majority of documented citizen science records of birds in Brazil (Schubert et al., 2019). We repeated the analysis considering only museum specimens.



Aviculturist Interviews

The Purple-winged Ground Dove is known to have been kept in captivity historically, and this has been suggested to have been a significant threat to the species (e.g., Collar et al., 1992). However, we are unaware of any published information regarding the ecology or husbandry of these captive birds or the reason for the demise of captive populations. We also note that the species was also absent from the list of species considered by Collar and Butchart (2014) to be appropriate for conservation-breeding programs. To understand the nature of captive populations, LFS conducted semistructured interviews with Brazilian aviculturists between 2016 and 2020. We were able to locate and personally interview most of these breeders, who provided information about the provenance of captive stock, their behavior in captivity, vocalizations, and reproduction.



RESULTS


Overview of Records, Geographic Range, and Calculating Extinction Probability

We were able to trace 79 records of Purple-winged Ground Doves of which 49 were specimens collected between 1820 and 1985 located in 11 museum collections (Supplementary Table 1). Of these, 19 lacked date and location information. The last specimen record and hence last unambiguously documented record of the species in the wild is MNRJ#44569, a female collected on Estrada do Pau da Fome, Taquara in Rio de Janeiro, Brazil on January 15, 1985 (Figure 2A). A further female was found dead on March 15, 1991 on the campus of the University of São Paulo, now deposited at the Collection of Zoology Department (DZUSP#80); however, this may represent an escapee, given that private breeders were known to have collections at <1 km from the campus. The date also coincides with the period of the collapse of the captive breeding population (see “Discussion”). Of the 30 sight records, the most recent was in 2017 in Argentina, preceded by two sightings in 2008 in Brazil and Argentina (Figure 2A). We were unable to trace any field photographs, videos, or sound recordings of this species. Images taken by the late Luiz Cláudio Marigo of a captive bird and formerly uploaded to the defunct Arkive19 site were the sole images we were able to find from scouring internet resources. By contrast, we were able to trace 146 records of Violaceous Quail-Dove from the Atlantic Forest region of which 73 were specimens from 14 collections and 73 photographic records of the species (66 from WikiAves, 7 from the Macaulay Library), all since 2012 (Figure 2B). Both of these species were detected on a regular basis historically, whereas only Violaceous Quail-Dove has been unambiguously documented in the last 35 years. The 37,000 banded birds from Argentina include no records of either target species, while of 956,360 birds banded in Brazil, there are 29 Violaceous Quail-Doves, of which 21 were from the Atlantic Forest, and no Purple-winged Ground Doves.
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FIGURE 2. Temporal changes in evidence base for records of (A) Purple-winged Ground Dove Paraclaravis geoffroyi and (B) Violaceous Quail-Dove Geotrygon violacea; specimens of both species were historically collected with similar historical frequency, but only the continued presence of Violaceous Quail-Dove has been unambiguously documented in the last 35 years. Image inset in (A) is MNRJ#44569, a female Purple-winged Ground Dove collected on Estrada do Pau da Fome, Taquara in Rio de Janeiro, Brazil on 15/01/1985 (image Guilherme Brito); image inset in (B) is #WA3594946, an adult male Violaceous Quail-Dove photographed at Gália, São Paulo, Brazil on 02/12/2019 (image Paulo Fernando Bertagnolli).


Regarding detectability of Violaceous Quail-Dove, of 62 photos on eBird, 22 photos were of birds on the ground, 22 on perches, and 18 in the hand of mist-netted or injured birds. Of 73 photos of the same species in WikiAves, 17 were perched while 28 appeared to be obviously on forest tracks and many others may be adjacent to them. Of 76 photos of Maroon-chested Ground Dove, by contrast, 17 photos were of birds on the ground, and 59 on perches. For both species, some of the photos of birds on the ground were of injured birds. The ratio of males to females of Maroon-chested Ground Dove on eBird was 1.1 on the ground and 3.4 on perches, suggesting that perched birds were more likely to be detected while singing or via playback than encountered randomly without first hearing them. These findings suggest that Paraclaravis is rarely encountered except when vocalizing or attracted via playback.

Considering only the unambiguous specimen records, we obtained upper bound (95th percentile) extinction dates of 2010 (Strauss and Sadler, 1989), 2009 (Solow, 1993), and 2006 (McInerny et al., 2006) using the Rivadeneira et al. (2009) implementation, whereas the corresponding dates utilizing both specimens and sight records were 2030, 2030, and 2028. In contrast, the Thompson et al. (2017) method obtained mean probabilities of being extant today of 0.86 (0.81–0.91 ± standard deviation) for all records, and 0.67 (0.61–0.75 ± SD) for just specimen data (Figure 3). For 2030, assuming no further records come to light, projected probabilities decrease to 0.59 (0.50–0.68 ± SD) and 0.47 (0.38–0.55 ± SD) for all records and just specimens, respectively (Supplementary Tables 4, 5, supporting information). The proportion of the modeled range covered by eBird checklists without positive records varied from 0.02 in 2000 to 18% in 2019. The total coverage over the last 5 years (2015–2020) amounted to 30%.
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FIGURE 3. Probability of taxon being extant 1894–2030, for analysis using just specimen records and both specimen records and sight records. The outer gray envelopes show minimum-maximum probability estimates, whereas the inner gray envelopes show mean probability estimates ± standard deviation.




Range, Habitat Change, and Modeled Distribution

We observed an eightfold decline in the area of the EOO from the historical range to the present day. It contracted from its original range, considering all known occurrence points, of 834,642 to 277,000 km2 by 1990, and to 95,045 km2 by 2005 (Figure 4A). By this later period, all records emanated from two core regions 1) in the south-western part of the Brazilian states of São Paulo and Paraná and 2) in the Argentine province of Misiones and the Brazilian state of Paraná (Figure 4). Within the 277,000 km2 of the EOO polygon of records post-1990, 5,700 km2 of forest loss was registered between 2000 and 2012 (Hansen et al., 2013), whereas between 1990 and 2017, habitat changes just inside Brazil for this area, constituted a loss of 9,090 km2 of forest, 2,250 km2 of non-forest, and an increase in 1,050 km2 of the built environment and 9,330 km2 of agriculture (MapBiomas Project, 2019).
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FIGURE 4. (A) Extent of occurrence and modeled range of Purple-winged Ground Dove, showing all known records. The dashed black line corresponds to the EOO for all records, the gray line to records 1991–2005, and the solid black line to 2006–2020. (B) Thresholded model overlaid with eBird absences, showing priority areas to conduct searches (PY, Paraguay; AR, Argentina; UY, Uruguay).


Species distributions models performed well despite the small numbers of occurrences, with mean AUC and Boyce index at 0.86 (± 0.080 SD) and 0.84 (± 0.143 SD), respectively. The model provided clear support for the obvious gap in records between the remaining coastal regions of the Atlantic Forest in Brazil and the extensive, discontinuous forests on the border of Brazil and Argentina (Figure 4A). Within the thresholded range, more than 20,000 eBird checklists from 1990 to 2020 did not locate the species, of which more than 17,900 were registered between 2011 and 2020, covering 15% of the 1-km cells of the modeled area. Priority areas to search for the species in Brazil include the east-central and extreme western parts of Santa Catarina and south-west Paraná and perhaps most important parts of Misiones in Argentina, where values of predicted occurrence are high and where the fewest eBird absences occur (Figure 4B).



History in Captivity

Between 2016 and 2020, we were able to identify and interview six former owners of Purple-winged Ground Dove from Brazil, some of whom were successful in breeding the species. Captive individuals were usually caught by chance in fall, cage-traps, or mist-nets targeting other species such as Buffy-fronted Seedeater (Sporophila frontalis) which is also associated with masting bamboo. Captured individuals were kept in community aviaries together with other doves, finches, and softbills for ornamental purposes only. In the late 1970s, a private breeder from the city of Santos, São Paulo (where the specimens were captured) initiated a captive breeding program (not underpinned by conservation goals), assigning individual aviaries to each pair of doves. Subsequently, new individuals were reported as captured in the wild in small numbers from the northern coast of São Paulo where they were captured in bamboo masting events along the foot of the Serra do Mar, about 400 m asl. In the early 1980s, another pair was obtained from Campinas, in the interior of São Paulo, also associated with masting bamboo. In the early 1980s, a further three breeders in São Paulo city successfully bred the species in captivity with varying protocols. The initial breeding stock of these three breeders all came from the same location in the Serra da Cantareira, in São Paulo, where they were apparently not associated with bamboo but were caught at the forest edge in traps baited with ripe fruits of the herb “caruru-roxo” (= Phytolacca thyrsiflora, Phytolaccaceae). CK formed a group of breeders dedicated to the dove and hence the creation of an amateur studbook to ensure that all captive individuals were paired and inbreeding was avoided. The largest breeding group, with about 70 individuals, was located at CK’s facilities comprising individuals from all breeders, including a wild-caught female obtained from a breeder in Araras, São Paulo - apparently obtained west of the city in masting bamboo. This captive breeding arrangement was expanded, with the inclusion of a breeder from Jundiaí, São Paulo, and another one from Petrópolis, Rio de Janeiro. Birds from Jundiaí may have come from the Serra do Japi, and those in Petrópolis were obtained in the 1970s and early 1980s from forests adjacent to the Biological Reserve of Tinguá, again in masting bamboo. Those responsible also reported birds from Pau Grande area, a subdistrict of Magé, Rio de Janeiro, at the foot of the Serra dos Órgãos. Apparently, the birds prefered foothill areas of the coastal slope at 400 m. The captive population reached a peak of around 150 birds.

In 1976, the Brazilian Institute of the Environment and Renewable Natural Resources (IBAMA) published the implementing regulation Portaria 031-P, obliging amateur breeders to register their birds, but forbidding breeders in Article 6 from registering any threatened species except the Large-billed Seed-Finch (Sporophila maximiliani). This situation became even more problematic for ex situ breeding efforts when in 1988 IBAMA published Portaria 131, restricting registration to passerines only. Those owning nonpasserines could keep their birds, but they could not exchange or donate them. Although the relationship between IBAMA and breeders was initially good, not all of them registered at the first opportunity, fearing restrictions on the movement of birds, and the consortium of breeders continued to send juvenile Purple-winged Ground Doves to each other. IBAMA’s policy attitudes toward breeders became progressively more hostile, viewing them as potential traffickers and imposing fines. The dove breeders group had disbanded by the late 1980s, as by then it was effectively impossible to obtain permission to send birds to breeding centers, not to mention the delay and bureaucracy involved for approval of such requests. Portaria 131, the regulation that prohibited the amateur breeding in captivity of nonpasserine birds disincentivized continued keeping of Purple-winged Ground Doves; even without it coming into law, restrictions on the transfer of birds between breeders would have led to inbreeding risks. Juveniles reared by CK were sent to IBAMA-authorized “scientific breeders,” without receiving other individuals in return, and these authorized breeders had no experience or success in the ex situ reproduction of the species. The value of the few pairs sent to zoos was unappreciated by the zoos, and no efforts were made to breed them. Although the species had been on the official Brazilian list of threatened species since 1973 (Portaria Instituto Brasileiro de Desenvolvimento Florestal No. 3.481-DN, May 31 1973) its parlous conservation status does not seem to have been widely recognized (at the time the list just had a single category). Other scientific breeders were almost nonexistent, and some doves were sent by CK to a scientific breeder in Rio de Janeiro, some of which were photographed there by Luiz Cláudio Marigo—becoming the only publicly available images of the species. CK bred ∼70 individuals but gave up on his breeding center in 1990 due to government constraints. He left the entire collection (including 39 Purple-winged Ground Doves) with a partner, who passed the remaining doves on to the IBAMA nominees. In the end, by the mid-1990s, all captive individuals had died because they were sent to those who had no practice with the idiosyncrasies of the species.

Previously unpublished images and video of captive birds held by CK in the 1980s and early 1990s (e.g., Figures 5a–c) represent the only rich media documentation of the female and juvenile plumages of the species in life and these have now been deposited with the Macaulay Library (Supplementary Table 6, audio: ML#27390020, video: ML#488757-48876521 and photos: ML#724171-72417622,23). Furthermore, a digitized video of captive Violaceous Quail-Doves includes a recording of the song of Purple-winged Ground Dove in the background—a vocalization that was hitherto unknown. We have archived a file (ML# 273900, Figure 5d) consisting of a low-quality recording of four Purple-winged Ground Dove calls, which have been edited (filtered and amplified) in the hope they will be more useful for ornithologists searching for the species either by playback or automated template matching. During the editing process, CK indicated that the call “sounded strange” as if the tape was “running at low velocity” (possibly an effect of being digitized at a slower speed than the original speed of the recorder), and that it sounded closer to his recollection when we tuned the call up by two semitones (Figure 5d). The voices of both Purple-winged Ground Dove and Maroon-chested Ground Dove are similar, with both ascending in pitch, lasting around 0.5 s, and extending across frequencies below 500 Hz (Supplementary Figure 1). The doves held by CK were kept together with Violaceous Quail-Doves, the voice of which has a longer duration (about 1 s), descends in pitch and occupies frequencies above 500 Hz.
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FIGURE 5. Portraits of captive Purple-winged Ground Doves (a) female, (b) male, and (c) incubating male on a nest at Criadouro Tropicus, Pirassununga, São Paulo in 1988, in addition to the last documented wild individual with (d) sonograms of the vocalizations of a captive Purple-winged Ground Dove obtained in 1992 ML#273900 (images (a–c) and recording by Carlos Keller).




Husbandry and Captive Breeding

The basic diet in captivity was composed of various grains, plus a mixture of seeds and finally, a small-grained pellet feed supplemented with vitamins and minerals. CK’s aviary had compact vegetation and was located in a quiet place, away from the passage of people. The doves liked to hide among foliage in the middle strata of vegetation and rarely descended to the ground; only staying in open areas for about 1 h a day to sunbathe. Although they habituated to people fairly easily, they were prone to panic—risking damage from collisions with the walls or roof of the aviary. The pairs were kept in medium-sized aviaries, about 4 m × 6 m × 3 m. The nest normally was so flimsy that the eggs were visible from underneath, and they sometimes fell through the gaps. Nesting materials provided were varied, but the doves preferred as a base some rough thin roots that could be braided without slipping, and inside the nest soft moss and some feathers. The nests were often built between thick vertical forks (Figure 5c). Two white eggs were laid, incubated by the female at night, and the male by day, changing positions silently early in the morning. The exchange was usually made with the pair positioned on the nest side by side, sliding the body laterally, so that the eggs were never exposed, perhaps as their white color might attract attention from predators. The incubation period was around 15 days and chicks used to leave the nest around the 15th day. Chicks gained independence between 18 and 20 days but often accompanied the parents for much longer until they were chased away by the male when renesting was initiated.



DISCUSSION

We present the first attempts to model the geographic range of the Purple-winged Ground Dove, document its range contraction, describe novel aspects of its life history, and make a quantitative appraisal of its continued persistence. Our estimates of the extinction risk vary between methods, as highlighted by Rivadeneira et al. (2009). Three methods requiring only year of sighting/specimen estimate that the species would have become extinct between 2006 and 2010, considering only specimens, and by 2030, considering both sight records and specimens. The Thompson et al. (2017) method, which also requires data on detection and identification probability, as well as area surveyed, gives an earliest estimate of extinction by 2030 considering just specimens. It is likely this method is more conservative given our precautionary input probabilities applied across the board, rather than for each individual observer. However, this variation in modeled extinction dates underscores the challenge of ascertaining persistence in rare species; moreover it is not unusual for Neotropical birds to be rediscovered after disappearing for decades with no sightings (Tobias et al., 2006). There have been several such examples in eastern Brazil such as the Cherry-throated Tanager (Nemosia rourei) which was known from the type specimen and a 1941 sight record, before being rediscovered in 1998, and the Stresemann’s Bristlefront (Merulaxis stresemanni), collected around 1830, seen again in 1945 and then rediscovered in 1995. Even more extraordinarily the Kinglet Calyptura (Calyptura cristata) went unreported for 106 years between 1890 when the last specimen was collected and 1996 when there was a multi-observer record, albeit without supporting evidence in the form of images or sound recordings (Lambert and Kirwan, 2010). In the adjacent dryer biomes of the Caatinga, even larger taxa have escaped detection for decades such as Kaempfer’s Woodpecker (Celeus obrieni). In the Brazilian Cerrado, the Blue-eyed Ground Dove (Columbina cyanopis) went undocumented from 1941 until its rediscovery in 2016, outside what was believed to be its global range. However, in all these cases, these species were either extremely geographically restricted (often in remote areas), known from very few initial records/specimens, restricted to specific microhabitats (so life histories and habitat preferences are poorly known), or a combination of some or all these factors. Likewise, all the recent discoveries of new (and invariably) threatened Atlantic Forest species have involved microendemics (Lees and Pimm, 2015). These circumstances do not however apply to Purple-winged Ground Dove which was better known, and which had a large range size—within which it was encountered regularly historically.

If the species was truly nomadic, then evading detection becomes an ever more diminishing possibility as it is unlikely that the species would persist in a single unsurveyed locality in the Atlantic Forest. Even if these spots were not reached then occasional records might reasonably be expected of birds dispersing between forest patches (Areta et al., 2009; Areta and Cockle, 2012). There are historical records that suggest this behavior, with a nominally “vagrant” individual recorded as a window kill in urban São Paulo (Willis, 2000), although this might alternatively have been a bird released after regulations came in force. Beyond field observations, the Purple-winged Ground Dove also needs to have avoided other avian sampling protocols; we note that there are records of Violaceous Quail-Doves from four Brazilian municipalities (Almeida et al., 2010; Godoy, 2012; Salvadori, 2018; Gomes, 2019), including the only records on WikiAves from Bahia, which were obtained with camera traps. Camera traps are increasingly proving to be an effective means of sampling larger terrestrial bird species (O’Brien and Kinnaird, 2008) and scientists running bespoke camera trap programs should be aware of the possibility of recording these rare doves as bycatch. There have also been extensive mist-netting campaigns in the Atlantic Forest, where 21 Violaceous Quail-Dove have been banded since 1985 and this failure of mist-netting campaigns to detect Purple-winged Ground Doves is arguably a better control than field sightings which may be biased by the use of playback or the apparent greater ease of detection of the more terrestrial quail-dove. Our analysis of images and our personal field experience does suggest however that without playback or knowledge of calls, which until now were unavailable for Purple-winged Ground Dove, detectability of Paraclaravis doves is low, and even more so outside of bamboo masting events.

Given the volume of observer coverage by both professional and amateur ornithologists, there must be vanishingly few areas of suitable habitat within the Atlantic Forest that do not receive visits on an annual basis. However, we identify cold spots of low observer coverage in the Serra do Mar of Brazil, and in north-west Argentina including most of the province of Misiones, from where the most recent sightings were reported at Parque Nacional Iguazú and Güirá-Pé on the Iguazú river and at San Ignacio Miní on the Paraná river (Figure 4B). Moreover, Violaceous Quail-Doves which are also rare and local in the Atlantic Forest are still regularly photodocumented, with 44 records in the last decade alone. However, to avoid the Romeo Error (i.e., considering a species to be extinct when it is not), we suggest that search effort should be directed toward priority areas identified in Figure 4B using autonomous recorders and playback of the species voice during bamboo masting events. Indeed, searches using autonomous recorders have already begun in Foz do Iguaçu (CBA, BP). The first flowering in decades of yatevó (Guadua trinii), which occurs over several years at 30-year intervals (Parodi, 1955; Areta et al., 2009), was noted in western Paraná (Brazil) from July 2020 (CBA, BP) and it was in a seeding patch of this species that the last known sighting occurred in 2017. In the event of the discovery of any Purple-winged Ground Doves it was recommended, following a day of discussions with other ornithologists and conservationists in February 2020 (at a workshop entitled: “Purple-winged Ground Dove Claravis geoffroyi planning: making the best of good news,” report in preparation), that their eventual capture and involvement in an ex situ conservation breeding program are highly desirable, after initial observations to better understand their natural history in the wild (behavior, ecology, and movements).

The dependence of Purple-winged Ground Doves on flowering bamboo may predispose them to extinction in fragmented tropical forest landscapes (Areta et al., 2009; Areta and Cockle, 2012). Its sister species the Maroon-chested Ground Dove P. mondetoura is also a specialist of flowering bamboo along the length of the tropical Andes and in Central America and is suspected to breed semi-colonially (Blomberg et al., 2020). Declines in the Purple-winged Ground Dove population may have triggered an Allee effect resulting from decreased foraging efficiency with reduced flock size or settlement cues mediated by the presence of conspecifics to form these loose colonies (Stephens and Sutherland, 1999), reminiscent of the extinction of the Passenger Pigeon (Ectopistes migratorius) in North America - which was also a specialist on masting events, but in this case of tree nuts rather than bamboo (Novak et al., 2018).

We show that the range of Purple-winged Ground Dove contracted down to two large contiguous forest blocks in the Serra do Mar region close to São Paulo and on the Brazil-Argentina border which may have been extensive enough to support the species while it disappeared elsewhere, which supports the theory that habitat amount and degree of fragmentation are key to local persistence (Areta and Cockle, 2012). One hypothesis is that the species might have followed waves of bamboo masting events, which occur synchronously over several years at roughly 30-year intervals in single localities but are staggered over large spatial scales (Areta et al., 2009). If the dove followed masting cycles of Guadua trinii and Guadua chacoensis in Argentina and adjacent areas of Brazil, and Guadua tagoara in the Serra do Mar, it may be that movements of the species through the Atlantic Forest were impeded by the loss of almost all forest between these two remnant forest blocks, leaving a gap of several hundred kilometers. A similarly large gap was created between the Serra do Mar and areas of the potential occurrence of the species further north, in Espírito Santo and Bahia. However, fragmentation may increase chances of extinction of bamboo-seed specialists not so much by constraining connectivity, but rather by depleting the necessary alternative food sources to cope with times of bamboo-seed scarcity (Areta et al., 2009, 2013; Areta and Cockle, 2012).

The usage of clearly defined geographic ranges to understand extinction risk is routine in ascertaining extinction likelihood and our distribution models were based on this premise. However, given the inferred high mobility of Purple-winged Ground Doves and other bamboo-specialist birds, the accumulation of records over time does not provide a “range” in the traditional sense of the term, i.e., all parts of that range are not, or might never be, occupied simultaneously (Areta et al., 2013). This is critical to understanding the model map, because potential ecologically suitable areas for the presence of the species will be realistically suitable for breeding only when bamboos are masting (Areta and Cockle, 2012; Areta et al., 2013).

Given that the Purple-winged Ground Dove was bred apparently with relative ease in captivity—as early as the nineteenth century in London, England (Anon, 1878), the end of the captive population represents a major missed conservation opportunity. Clearly, the conservation community needs to avoid making this same mistake again and work with, rather than against private bird breeders (e.g., Owen et al., 2014) even if this might mean some pragmatic choices given that past collection of individuals of the species from the wild has likely had negative impacts on remaining populations. This should prove a cautionary tale for governments and conservation NGOs wrestling with the moral dilemma of dealing with breeders who may have obtained birds nefariously but who now may be the key for the survival of some species given their expert knowledge of species-specific captive husbandry.

We also draw attention to the conservation status of our “control” species, the Violaceous Quail-Dove, a species which has a widespread yet highly disjunct distribution in South and Central America but is seemingly everywhere rare; represented by only 418 observations and 33 photographs in eBird. Although the species is mapped as having a wide southern Amazonian distribution, there are fewer than 10 records (Lees et al., 2013) and the species may even be nomadic or migratory like the Ruddy Quail-Dove (Geotrygon montana) is in the same region (Stouffer and Bierregaard, 1993). By way of comparison, the more restricted range Maroon-chested Ground Dove is represented by 390 observations and 51 images on the eBird platform, which provides a useful control given that the species has a similar life history to the Purple-winged Ground Dove and is observed and photographed with a similar frequency to the partially sympatric Violaceous Quail-Dove. This suggests that it is unlikely to be prohibitively difficult to obtain field photographs of Purple-winged Ground Dove, although perhaps more difficult than the sympatric quail-dove which is more likely to be seen along quiet forest roads.



CONCLUSION

In conclusion, we cannot say with certainty that the Purple-winged Ground Dove still exists, nor that it is extinct. Using different methods, and placing differing emphasis on data quality, the species may have died out by the early 1990s, or it may yet persist undetected in very small numbers. One factor which impeded detection in the past was the lack of a sound recording of the species. We now have a sound recording, even if it is short and of low quality, which will contribute to the possibility of finding this species. If it still exists, the Purple-winged Ground Dove must be close to the brink of extinction and hope for its persistence will hinge on finding and capturing enough individuals to establish an ex situ insurance population, as well as intensive studies of its natural history to maximize the chances of a successful return to the wild in future. A tragic element in this story is that the species was successfully maintained and bred in captivity, but this population was lost when well-intentioned but onerous regulation created too great a bureaucratic burden on breeders, and their relationship with the regulatory authorities broke down. We are unaware of other examples of such an easily prevented extinction event in a bird species. The future for this species in the long term will depend not only on establishing an ex situ population but also on restoring functional connectivity at the landscape scale in the Atlantic Forest.
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Two of the principal responses of species to recent climate change have been changes in range and abundance, leading to a global reshuffling of the geographic distribution of species. Such range changes may cause species to disappear from areas they currently occupy and, given the right conditions, to colonize new sites. This could affect the ability of site networks (such as protected areas) to conserve species. Identifying sites that will continue to provide suitable conditions for focal species under future climate change scenarios and sites that are likely to become unsuitable is important for effective conservation planning. Here we explore the impacts of climate change on terrestrial bird species of conservation concern in the Neotropics, and the consequences for the network of Important Bird and Biodiversity Areas (IBAs) identified to conserve them. We modelled changes in species distributions for 3,798 species across the Caribbean and Central and South America, accounting for species-specific biological traits (natal dispersal ability and generation length), to assess species occurrences within IBAs under different future climate scenarios. Based on the projected changes in species compositions, we identified potential management strategies for the individual sites of the network. We projected that future climate change will have substantial impacts on the distribution of individual species across the IBA network, resulting in very heterogenous impacts on the individual IBAs. Mean turnover of species of conservation concern within IBAs was 17% by 2050. Nonetheless, under a medium-warming scenario, for 73% of the 939 species of conservation concern, more than half of the IBAs in which they currently occur were projected to remain climatically suitable, and for 90% at least a quarter of the sites remain suitable. These results suggest that the IBA network will remain robust under climate change. Nevertheless, 7% of the species of conservation concern are projected to have no suitable climate in the IBAs currently identified for them. Our results highlight the importance of a network-wide perspective when taking management decisions for individual sites under climate change.
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INTRODUCTION

Designating protected areas to safeguard biodiversity is a cornerstone of species conservation (Hambler, 2004). Globally, the number of protected areas has grown substantially over recent decades, yet the protected area network remains far from complete, both in terms of protecting species of concern and sites of importance for their conservation (Rodrigues et al., 2004; Butchart et al., 2015; Maxwell et al., 2020). Furthermore, the effectiveness of protected areas in the longer term may be compromised by climate change, which is projected to impact protected area networks in various ways. For example, climate driven shifts in species’ distributions may alter the proportion of a species’ range covered by protected areas (Worboys et al., 2006; Hannah, 2008). Shifts in species distributions under climate change have been widely documented (Chen et al., 2011; Gillings et al., 2015; Pecl et al., 2017; Lenoir et al., 2020) and several efforts have been made to predict the consequences of these changes for the efficacy of protected area networks (Araújo et al., 2004, 2011; Coetzee et al., 2009; Hole et al., 2009; Wu et al., 2018; Wilsey et al., 2019).

Terrestrial protected areas have fixed boundaries informed by the current/recent (or sometimes historical) distribution of biodiversity (Worboys et al., 2006; but see Venter et al., 2018). The static nature of protected area networks means that they are likely to become less effective in safeguarding the species they were established to protect if these alter their ranges under climate change (Araújo et al., 2004; Avalos and Hernández, 2015). Additionally, the climate of individual sites might become less suitable for certain species over time (Dockerty et al., 2003; Warren et al., 2018). Changes in the occurrence of species affect the composition of species assemblages and could result in the creation of novel assemblages within protected areas (Hannah et al., 2007; Hole et al., 2009; Bagchi et al., 2013). Some protected areas are, however, likely to increase in their importance, becoming focal points for colonisation of species outside their current range and facilitating species’ range shifts or expansions (Thomas et al., 2012; Hiley et al., 2013; Gillingham et al., 2015).

Species distribution models (SDMs) have frequently been used to project the potential impacts of climate change on the performance of protected area networks (Bagchi et al., 2013; Baker et al., 2015). SDMs can be used to predict the current and future ranges of species based on the modelled relationship between the species’ current range and climatic conditions; the potential gains and losses of species in protected areas can then be estimated from these predictions (Araújo et al., 2004; Hannah, 2008; Hole et al., 2009). Such studies have come to differing conclusions with regards to the potentially changing value of protected area networks depending upon the study area and extent (Araújo et al., 2004, 2011; Kharouba and Kerr, 2010; Thomas et al., 2012). The conclusions drawn from these studies may vary depending on the specific taxa and network being investigated, but are also affected by the degree to which differences in species traits are accounted for in the model predictions (Holloway et al., 2016). A network of European protected areas was predicted to become less effective over time and to be no better at protecting priority species in future than a network of protected areas placed at random (Araújo et al., 2011). By contrast, protected areas in the United Kingdom and Canada have been projected to retain much of the value they currently provide into the future, or even increase in their importance for species conservation due to colonising species (Araújo et al., 2011; Thomas et al., 2012; Gillingham et al., 2015).

Important Bird and Biodiversity Areas [IBAs; Key Biodiversity Areas identified for birds (Donald et al., 2019)] are sites identified as being internationally important for the conservation of bird populations on the basis of a globally standardised set of data-driven criteria. Over 13,000 sites have been identified in more than 200 countries over the last four decades (BirdLife International, 2020b). The IBA criteria capture multiple dimensions of a site’s significance for avian biodiversity and relate to populations of globally threatened, restricted-range, biome-restricted, or congregatory species. IBAs cover approximately 6.7% of the terrestrial, 1.6% of the marine and 3.1% of the total surface area of the Earth (Donald et al., 2019). On average, 46% of the area of each IBA is covered by protected areas, but 36% of IBAs lack any protected area coverage (BirdLife International, 2020a).

Estimating the impact of climate change on species’ distributions, and the consequences for networks of sites identified to conserve them, can help to inform conservation strategies to ensure that these site networks remain effective under climate change. Here, we investigate the impacts of climate change on the IBA network across the Caribbean, and Central and South America (a region in which such impacts on IBAs have not been previously assessed) and quantify projected changes in the climatic suitability of each IBA for the species for which the network was identified. We use SDMs, accounting for species-specific biological traits, to project future changes in the potential occurrence of species across the individual sites. We then consider the management strategies required for each site in the light of these projected impacts, building on the approach of Hole et al. (2011) who defined five broad climate change adaptation strategies (CCAS) reflecting the degree of projected immigration and emigration of species. We assessed changes in climatic suitability of IBAs for 3,798 terrestrial bird species that occur across the region, including 939 species of conservation concern for which IBAs have been identified. Modelling the larger set of species allowed us to compare the impacts of climate change on the species of conservation concern with those of the regional avifauna more generally. We explored spatial patterns in changes to the set of species for which each IBA is climatically suitable. We then assigned CCASs, and tested whether location or IBA size was more important in determining changes in climatic suitability for the species for which each site was identified.



MATERIALS AND METHODS


Species Data

We used polygon data on species distributions from BirdLife International and NatureServe, which represent the best understanding of the current range boundaries of species (BirdLife International and NatureServe, 2014). We sourced breeding ranges for all 3,926 species that occur in Central and South America and the Caribbean (of which we included modelling results for 3,798 species in our analyses: see below for details), including 968 species of conservation concern (of which we included modelling results for 939 species in our analyses: see below for details). These range polygons are widely used in global modelling of climate change and conservation impacts (Bagchi et al., 2013; Betts et al., 2017; Hof et al., 2018).

Initially, we gridded all species range map data to 0.5° (c. 55 × 55 km) resolution, and assumed occurrence in a cell if the range polygon overlapped with the cell by at least 10%. For 913 narrow-ranged species, defined as those occurring in fewer than 50 cells using the above method, we intersected the range polygons with a 0.25° (c. 25 × 25 km) grid and modelled their distribution at this finer resolution (adjusting the resolution of the climate data accordingly as described below). This helps to alleviate problems in model building and cross-validation (using the independent blocking approach we describe below) associated with small samples. In addition, for narrow-ranged species, it permits the use of higher resolution climatic explanatory variables, which captures finer scale variations in climatic condition (something that is less important for wide-ranging species). For the analysis presented in the main study we focused on the 968 species (of which 939 had adequate models) for which the IBAs were identified (i.e., those threatened, restricted-range, biome-restricted or congregatory species triggering the IBA criteria) (Results for all species occurring in the region are shown in Supplementary Figures S2–S7). The spatial extent of our analysis comprises the study region of the Caribbean and Central and South America as well as North America. The latter was included as the northern range margins of some Central and South American species extend into North America.



Climate Data

We used four bioclimatic variables from Worldclim v1.4 (available online at http://www.worldclim.org/) for the baseline time period 1960–1990 as explanatory variables of species distributions (Hijmans et al., 2005). These were: Temperature seasonality, Maximum temperature of the warmest period, Annual precipitation total, and Precipitation seasonality. These variables were selected following preliminary analyses, in which we tested all possible combinations of three and four variables (Supplementary Table 1), from a candidate pool of 500 species. Within combinations, we did not permit inclusion of variables with a Pearson’s correlation coefficient > 0.7, retaining only one such correlated variable (see Hof et al., 2018). This prior variable selection process was based on the ability of variable combinations to characterise ranges for a representative subset of the world’s bird species, and based on previous experience of modelling tropical and sub-tropical bird species (Hole et al., 2009; Bagchi et al., 2013; Baker et al., 2015). We restricted the number of variables to be included in the SDMs to a maximum of four, since these models become increasingly vulnerable to overfitting when more variables are included (Randin et al., 2006). Bioclimatic data are available from WorldClim v1.4 at a spatial resolution of 10 min. We aggregated these data to a spatial resolution of 0.5° to match the resolution of the gridded range polygons. To match the climate data with the gridded data for restricted range species, we aggregated a second set of the climate data to 0.25°.

We selected the following general circulation models (GCMs), available from WorldClim v1.4 (Hijmans et al., 2005), as being representative of future projections of climate change: The Community Climate System Model CCSM4 by UCAR, the Hadley Centre Global Environment Model HadGEM2 from the Met Office and the Global Climate Model GFDL-CM3 by NOAA. We selected these GCMs as they stem from different families in the model genealogy and provide a range of future projections (Knutti et al., 2013).

For each GCM, we considered three different greenhouse gas emission scenarios (termed representative concentration pathways, and labelled RCP 26, RCP 45, and RCP 85) for mid-century projections (2050). We did not consider longer time-frames since the uncertainties in the projections are known to increase by the end of the century (Baker et al., 2015). These RCP pathways are named according to their radiative forcing values in the year 2100, relative to pre-industrial values [+2.6, +4.5, and +8.5 W/m2, respectively (van Vuuren et al., 2011)]. We included different RCP pathways to be able to compare a range of potential future scenarios and to cover potential lower and upper limits of these scenarios, but it should be noted that climates similar to those projected by RCP 26 and RCP 85 are regarded being increasingly unlikely based on current adaptation trajectories (Hausfather and Peters, 2020). We avoided using an additional intermediate pathway (RCP 60), as data were not available for all GCMs for this RCP at the time.



Species Distribution Models

We modelled the relationship between recent species’ distributions and the four different bioclimatic variables using four modelling techniques: general additive models (GAM), generalized linear models (GLM), generalized boosted regression models (GBM) and random forest models (RF). These models were chosen based on their prior performance (Araújo et al., 2005; Prasad et al., 2006; Meynard and Quinn, 2007; Elith and Graham, 2009; Wenger and Olden, 2012) and to provide a contrast between parametric, semi-parametric and classification or regression tree-based models (Bagchi et al., 2013). We selected pseudo-absences for each species from beyond the species current range, and drawn from across all of the Americas. The absences were selected using a distance weighted approach following a declining probability of 1/(De)2, where De is equal to the distance, in km, from the range edge (Hof et al., 2018). The modelling was conducted in R, following the methods of Bagchi et al. (2013), and using the “gam” function from the “mgcv” package for the GAMs, the “gbm” package for the GBMs, the “randomForest” package for the RFs and the “stats” package for the GLMs (McCullagh and Nelder, 1989; Breiman, 2001; Wood, 2006; Ridgeway, 2007; R Developement Core Team, 2012).

To deal with spatial dependence of data, and to minimize overfitting, we used a blocking approach for the species distribution modelling (following the methods presented in Bagchi et al., 2013). The data were split into sampling units based on the ecoregions occurring across the Americas (Olson et al., 2001). All of the sampling units (ecoregions or parts of ecoregions) were divided across five blocks, such that each block fully represented the climate types across the region. Models were subsequently built on four blocks and tested on the one left-out block (Bagchi et al., 2013). We repeated this five times, leaving out a different block each time, then assessed model performance on each of the five left-out blocks, using Area under the ROC curve (AUC) as well as the Continuous Boyce index as implemented by the “ecospat” R-package (Swets, 1988; Boyce et al., 2002; Hirzel et al., 2006; Di Cola et al., 2017).

For 372 of the 913 species with very small ranges for which the blocking approach did not work, even at quarter degree grid cell scale, we instead used a 70:30 data split for modelling/testing, acknowledging that these models may not be as robust as models assessed on truly independent blocks of data.

For all species, in order to avoid simulating large increases in range extent in areas well beyond the potential colonization range of a species over the current century, we restricted the extent over which we projected newly suitable cells based on species-specific natal dispersal distance estimates. For example, we only projected potential future occupancy in areas within the distance, dx, of the recent range margins of a species X, where:
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and where projection period is the period (in years) between the contemporary modelled occurrence and the future time period, age at first breeding is the typical time (in years) between birth and first breeding for most individuals of species X (from (Bird et al., 2020), and “natal dispersal distance” is the mean distance between hatching locality and the first breeding attempt for individuals of species X (from Santini et al., 2019).

We produced 180 projections for each species (4 × SDMs, 5 × blocks, 3 × GCM, and 3 × RCP) and took ensemble means across the different blocks, species distribution model techniques and GCMs to derive one current scenario of projected distributions and one future scenario of projected distributions per RCP. Additionally, we calculated the variability across the different SDM and GCM projections around the mean projections. We produced projections for 3,798 out of the 3,926 species occurring in the study region, excluding the remainder owing to their restricted ranges or low model performance. We applied thresholds to the projected mean suitability values to convert suitability to projections of presence/absence. Species-specific thresholds were used that optimized the fit of the resultant present-day suitability models to current observed distributions [using the threshold that maximises the kappa statistic to assess model fit (Cohen, 1960; Freeman and Moisen, 2008)]. We chose the kappa statistic to binarize the predictions, because it has been found to be less likely to overestimate the range of low prevalence species (Freeman and Moisen, 2008). But since the chosen threshold can have a significant impact on the extent of the projected species occurrences (Liu et al., 2013), we have repeated the analysis using the True Skill Statistic (TSS) for comparison (Supplementary Figures S8–S13).



Summarizing Species Range Shifts and Changes in Range Extent

We derived summary statistics for the projected range changes across all modelled species. To estimate the mean direction and distance of the projected range shifts, we first derived the current and future range centroid of the projected distribution for each species, using the packages “geosphere”, “circular,” and “CircStats” in R (Jammalamadaka and SenGupta, 2001). From these range centroids we calculated the distance and the direction of the projected range shift for each species. We then compared the distance and direction of the projected range shifts across all species. To asses changes in species range extents, we calculated the current and future range extent in km2 based on the grid cells a species was projected to occur in. The size of the individual grid cells in km2 was derived using the “area” function from the “raster” package (Hijmans and van Etten, 2012).



Applying SDMs to IBAs and Evaluating Species Occurences and Adaptation Strategies

We sourced polygon shapefiles for 1,653 IBAs across the Caribbean, and Central and South America from BirdLife International. We then simulated current and potential future occurrence of species in each IBA using the following process. We overlaid the IBAs with the gridded projections of species occurrence, i.e., the presence-absence projections produced after applying thresholds (as described above); our assumption being that an IBA within a half-degree cell would have similar climate to the cell. A species was counted as present in the IBA at a given time, if the IBA polygon overlapped with at least one grid cell the species was projected to occur in. We estimated the number of species projected to colonize (species for which the site becomes climatically suitable) or disappear (species for which the site becomes climatically unsuitable) from each IBA. To explore the potential need for different management interventions in response to projected future changes, we classified each IBA into one of five CCASs, based on the projected colonization and loss of species. The different CCAS defined by Hole et al. (2011) are: “High persistence”, “Increasing specialization”, “High turnover”, “Increasing value,” and “Increasing diversification”. Each category is associated with different management actions, including habitat restoration, translocation of species, disturbance regime management, and management of the landscape around sites (Hole et al., 2011). Our approach followed Hole et al. (2011) in that we plot the proportion of species projected to disappear from the site in future against the proportion of projected colonists. We used the median, lower quartile, and upper quartile of values along each axis to divide the area of the resulting graph into five sectors (Supplementary Figure 1). We then classified each IBA into one of five categories according to the graph sector into which it fell: high persistence, increasing specialization, high turnover, increasing value, and increasing diversification.

To further investigate the spatial heterogeneity in the distribution of IBAs classified in each of the five CCAS, we calculated the proportion of IBAs that fell under each strategy per country.



Changes in Species Richness and Species Turnover

To provide summary descriptions of the change in species in IBAs, we calculated “species turnover” as Bray Curtis dissimilarity (Bray and Curtis, 1957):

[image: image]

Whereas Cij is the number of species common between both points in time and Si and Sj are the total number of species counted in time periods i and j, respectively.

We summarized the projected changes in IBA occupancy for species currently and in future. We also calculated, for each IBA, the proportion of species currently projected to occur in an IBA but for which the IBA was projected to become climatically unsuitable in future. We correlated the proportion of species for which an IBAs was projected to remain climatically suitable with the size of the IBA, to determine whether larger IBAs were more likely to remain climatically suitable for a higher proportion of species.



Accounting for the Presence of Suitable Habitat

The ability of a species to become established in an IBA will depend also on the availability of suitable habitat within the site. To check how accounting for suitable habitat might impact the results of our analyses we clipped the projected climatic suitability for each species by a layer of current habitat, following species-specific habitat preferences of BirdLife International. The habitat data were derived from the ESA 2010 Global Land Cover Map, which we matched with species’ habitat preferences from BirdLife International (Supplementary Table 4). Subsequently, we clipped the projected current and future climatically suitable area by the current occurrence of primary habitats per species. We counted an IBA as having suitable habitat for the species providing any of its primary preferred habitats occurs in the IBA currently, regardless of the extent of the suitable habitat. We repeated all subsequent analyses to explore the potential impacts of accounting for habitat availability on the results (Supplementary Figures S14–S19).

All analyses were conducted in R version 3.6.1 (R Developement Core Team, 2012). Detailed methods for the SDMs can be found in Bagchi et al. (2013), all R codes to analyse the resulting species distributions can be found on GitHub1.



RESULTS

The mean model performance of the four SDMs (GAM, GBM, GLM, and RF), based on the AUC, was high across all species (GAM = 0.97 ± 0.03, GBM = 0.96 ± 0.03, GLM = 0.96 ± 0.03, and RF = 0.97 ± 0.03) as well as across the species of conservation concern (GAM = 0.97 ± 0.03, GBM = 0.96 ± 0.04, GLM = 0.95 ± 0.03, and RF = 0.97 ± 0.03). 128 species had to be excluded from the analysis due to poor model fit (AUC < 0.7), of which 29 were species of conservation concern. This left us with model results for 3,798 species, of which 939 were of conservation concern.

We projected widespread declines in the richness of species of conservation concern (i.e., those for which IBAs have been identified) within grid cells across the Caribbean, and Central and South America, with the largest declines projected in the southern Amazon region (Figure 1). The pattern in the projected changes in the richness of species of conservation concern mirrored the projected changes in overall species richness based on all 3,798 species modelled across the region. For the majority of the species of conservation concern, range extent was projected to decrease by the mid-century (2050) under climate warming, with a mean decrease of 20 ± 49 (SD) percent. Species’ range centroids were projected to shift 113 ± 111 (SD) km, but with no consensus in the direction of shift, although more species were projected to move to lower latitudes (192 species, 20%, Supplementary Table 3) than were projected to move to higher latitudes (334 species, 35%, Supplementary Table 3). The spatial pattern of the projected changes in the species richness of species of conservation concern was similar when using TSS as a threshold to binarize the projected occurrences, although overall species richness values were higher for both points in time.
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FIGURE 1. Ensemble projected richness of species of conservation concern, i.e., those for which Important Bird and Biodiversity Areas (IBA) have been identified across the Caribbean, Central and South America, based on climatic suitability of the grid cells. Projected richness is shown (A) currently and (B) under a medium warming scenario (RCP 45) by 2050. (C,D) show the variation in projected current (C) and future (D) species richness of cells among individual species distribution models (SDM) scenarios. The projected future species richness has three lines per SDM scenario representing the different general circulation models (GCMs) (CCSM4, HadGEM2, and GFDL-CM3).


The projected range contractions and shifts have a substantial impact on the projected species compositions in the individual IBAs across the Caribbean, and Central and South America, as well as on the projected occurrence of individual species in IBAs. The mean turnover for species of conservation concern across the individual IBAs was 17 ± 9% (RCP 45). The IBAs with the highest projected species turnover values are located in the southern region of the Amazon. IBAs with the lowest projected turnover are mainly located in Chile and Argentina, but are also scattered across Central America (Figure 2). The turnover was similar across all modelled species 17 ± 8%. Using TSS to binarize the species distributions resulted in a considerably lower turnover 8 ± 6%.
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FIGURE 2. (A) Bray Curtis species turnover for each IBA, calculated between the projected current assemblage of species of conservation concern (based on the climatic suitability) and the projected future (2050) assemblage. Turnover values range between 0 and 1, where 0 indicates low turnover and one high turnover. (B) Uncertainty (SD) around the projected ensemble IBA turnover values, based on the four SDMs and three GCMs, ranging from white, indicating low uncertainty, to red, indicating high uncertainty. Results are shown for a medium warming scenario (RCP 45).


Classifying the IBAs into the five CCASs (Figure 3A), demonstrates marked variability in the extent of change in bird communities across the neotropical IBA network. IBAs projected to lose many of the species for which they were identified and gain few additional species of concern are mainly distributed across the Amazon region. IBAs that are projected to lose many of the species for which they were identified but also to gain many novel species of concern (i.e., high turnover) are located mainly at the periphery of the Amazon region. Sites that have relatively low numbers of projected emigrants and colonists (i.e., stable sites) are mainly distributed across Central America and the southern part of South America including Argentina and Chile. Finally, the IBAs that are projected to become increasingly important (with high numbers of projected colonists and comparably few emigrants), and those with moderate numbers of projected emigrant and colonist species, are widely distributed across Central America and the northern South America, as well as across the Andes and the southern part of South America (Figures 3B,C). Visualizing the distribution of the different CCASs across the Central and South American countries provides more detail on the spatial heterogeneity in the distribution of the projected climate change impacts (Figure 4). Not all countries contain IBAs in each of the CCASs. For example, Suriname has only IBAs that fall into the CCAS “high turnover” and “increasing specialization”. By contrast, Panama and Uruguay have most IBAs classified as “high persistence” and only a small percentage or none of the IBAs classified as “high turnover.”
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FIGURE 3. (A) Proportion of projected emigrants relative to the proportion of projected colonists (log scales) by 2050 shown for 1,653 IBAs across the Caribbean, and Central and South America. The IBAs were classified into five Climate Change Adaptation Strategies (CCASs) as proposed by Hole et al. (2011) (see legend and Supplementary Figure S1). (B) Spatial distribution of the CCAS categories for individual IBAs. (C) Consistency in CCASs allocated, reflecting the number of times an IBA is allocated to the same category as the ensemble model [used in (A,B)] when projections are subdivided into the matrix of four SDMs and three GCMs. Values range from 3 (low consistency, i.e., only in the ensemble category in 3 of 12 combinations of SDM and GCM) to 12 (high consistency, i.e., in the same category in all combinations). Results for (A–C) are for RCP 45 by 2050.
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FIGURE 4. Proportion of IBAs projected to fall into each of the five CCAS as proposed by Hole et al. (2011), shown per country under a medium warming scenario (RCP 45) by 2050 (see legend and Supplementary Figure S1). Values above the bars show the total number of IBAs included in the analysis for the respective country. The presented results are based on the ensemble mean across the four SDMs and three GCMs.


Overall, a high proportion of the species for which IBAs have been identified are projected to retain suitable climate in future within more than 50% of the IBAs in which they currently occur: 73% under a medium emission scenario (RCP 45, Figure 5). The future coverage of suitable climate space for species of conservation concern is slightly higher compared to all species occurring in the region (65%) (Supplementary Table 2). The high retention of suitable climate in at least 50% of the IBAs for which species of conservation concern are projected to currently occur in was consistent across RCP scenarios, but decreased with increasing emissions (RCP 26 = 77%, RCP 85 = 66%, Supplementary Table 2). The mean proportion of IBAs retained per species was 64% and 84% for species of conservation concern and for all modelled species, respectively (Figure 6A). Applying the TSS threshold resulted in an even higher projected coverage of 86% for species of conservation concern. We found that larger IBAs were not more likely to retain species of conservation concern in future than were smaller IBAs (Figure 6B; [rs (1617) = −0.004, p = 0.87)].
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FIGURE 5. (A) The mean number of IBAs that are projected to be climatically suitable for species of conservation concern and within reach of the species considering natal dispersal ability, shown for the current climatic conditions and the projected future (2050) climatic conditions under three different warming scenarios (RCP 2.6, RCP 4.5, and RCP 8.5). The category “Both” indicates the number of IBAs that are projected to be climatically suitable both currently and in 2050. (B) The mean percentage of IBAs that are projected to remain climatically suitable by 2050 across all species of conservation concern, under the three different warming scenarios. The error bars show the SD around the mean. The presented results are based on an ensemble mean across four SDMs and three GCMs. *Note that not all of the species are projected to be currently covered by a climatically suitable IBA (880 out of 939).
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FIGURE 6. (A) The percentage of IBAs that are projected to be climatically suitable currently and remain climatically suitable in future for each species of conservation concern. (B) The proportion of currently occurring species of conservation concern for which the IBA stays climatically suitable plotted against the size of the IBA. Blue indicates the smoothed regression line between the two variables. Data in both (A,B) are based upon projections using RCP 45 for the period 2050, and are based on an ensemble mean across the four SDMs and three GCMs.


Finally, to explore whether the availability of suitable habitat for species in IBAs might affect our projections, we intersected projected current and future climatic suitability for each species with a current habitat layer, based on species-specific habitat preferences. Although we found slight changes in the number of species that would retain suitable conditions within the IBA network, and in the number of IBAs that remain or become suitable for individual species, the spatial patterns remained robust [i.e., accounting for habitat preferences made little difference to which IBAs were projected to become suitable for an increased number of species (i.e., a high proportion of colonists) relative to other IBAs].



DISCUSSION

The geographic distribution of areas that are most important for conservation is likely to change under climate change (Lee and Jetz, 2008). Earlier studies have predicted changes in the importance of sites across networks, with some sites gaining value and others becoming less important for species conservation in the long term. These projected temporal changes highlight the importance of understanding how site networks are affected by projected species’ range changes under climate change. By modifying conservation strategies accordingly, the effectiveness of the site network to conserve species of concern can be optimised (Hannah et al., 2002; Hannah and Hansen, 2005; Hole et al., 2011). Here, we show that the changes in the climatic suitability of Caribbean, Central and South American IBAs are projected to be spatially very heterogeneous. We focused on the projected impacts on species of conservation concern (i.e., those for which the IBA network has been identified), but also assessed projected impacts on the wider set of species occurring in the Caribbean, and Central and South America (939 species of conservation concern plus 2859 additional species). The results for the complete set of species are very similar to the results for the focal species presented in the main manuscript. This indicates that the impacts of climate change on the species of conservation concern, for which the IBAs were identified, largely mirror the impacts on the wider community of terrestrial bird species. While overall climatic suitability is projected to decrease across the network, some sites are projected to experience an increase in the number of species for which they are climatically suitable. Twenty out of the twenty-four countries we analysed had at least some sites that were projected to undergo an increase in the number of species of conservation concern for which they are climatically suitable. In Belize, Guatemala and Jamaica, the number of sites that were projected to become climatically suitable for a larger number of species in future outweighed the number of sites that were projected to become climatically suitable for fewer species in future (Figure 5). Identifying the sites that are projected to become climatically suitable for an increasing number of species over time is important because these sites might be crucial to facilitate species range shifts under climate change (Lehikoinen et al., 2019). Since species’ ranges are dynamic and prone to change under climate change, facilitating species’ range shifts might become an increasingly important conservation strategy to reduce biodiversity loss (Heller and Zavaleta, 2009; Littlefield et al., 2017).

We projected that for 73% of the species of conservation concern, more than half of the IBAs in which they currently occur remain climatically suitable for them by the middle of the century, and for 90% at least a quarter of sites remain suitable (while for 93% at least one IBA remains suitable). This suggests that, even though there are changes in the climatic suitability of individual IBAs, the network as a whole remains robust. In comparison, Hole et al. (2009) projected that 88–92% of species of conservation concern across Sub Saharan IBA network had at least one IBA remaining climatically suitable by the end of the century. The challenge of how to manage and maintain a viable network of sites under climate change has been widely discussed in the literature. Possible management strategies range from maintaining or expanding the protected area networks to conserve biodiversity (Adams et al., 2019; Dinerstein et al., 2019) to replacing or downgrading individual sites that have become less effective over time (Fuller et al., 2010; Mascia and Pailler, 2011). Previous studies on different networks have suggested that they are likely to remain effective under climate change (Hole et al., 2011; Dunlop et al., 2012; Bagchi et al., 2013; Beale et al., 2013; Johnston et al., 2013). Our findings suggest that the IBA network across the Caribbean, and Central and South America will remain robust but should be managed dynamically, with the conservation objectives of individual sites changing over time. This lends weight to arguments that protected area network expansion (called for under current drafts of a post-2020 Global Biodiversity Framework being negotiated through the Convention on Biological Diversity) should be targeted at sites of biodiversity importance such as IBAs and other Key Biodiversity Areas (Butchart et al., 2015; BirdLife International, 2020a). For the 7% of species of conservation concern that are projected to have no climatically suitable IBA available by the middle of the century, new sites will need to be added to the network, and adaptation actions will be needed to maximise persistence in the sites in which they currently occur.

Our analysis showed that there is a lot of variance in the numbers of species of conservation concern for which sites are projected to decrease, increase or remain stable in climatic suitability, across the different countries in the Caribbean, and Central and South America (Figures 4, 5). Based on the changes in climatic suitability of the IBAs we allocated each site to one of the five CCASs developed by Hole et al. (2011). These different CCASs are associated with different recommendations for the future management of the site, ranging from habitat restoration and management to maintain viable populations of currently occurring species in sites that are projected to be of “high persistence” in their climatic suitability, to modifying habitats through management to support species for which the site is projected to become suitable in future. We show that the distribution of IBAs associated with each CCAS is spatially very heterogeneous across the Caribbean, and Central and South America, which illustrates the need for a continental or global perspective when setting strategies for individual sites. To ensure the network remains effective, sites need to be managed as a regionally or globally coherent network, not just individually or even in a nationally coordinated way. In contrast to studies that focus on the management of individual sites under climate change (Dutra et al., 2018), this approach aims to maintain the effectiveness of networks of sites (Hole et al., 2011).

The size of a protected area is often regarded as being of high importance for their conservation value. Larger sites are less vulnerable to edge effects and other external threatening processes (Laurance et al., 2002; Cantú-Salazar and Gaston, 2010), they have lower rates of extinctions (Brashares et al., 2001), can support larger species and higher trophic level species that need larger home ranges (Woodroffe and Ginsberg, 1998), and such sites often provide a higher return on investment (Cho et al., 2019). We found that for IBAs across the Caribbean, and Central and South America, the likelihood of a site retaining suitable climate for species of conservation concern did not increase with the size of the site. The number of species for which the site was predicted to remain climatically suitable by the middle of the next century was more dependent on the location of the site than its size. Sites that were predicted to become climatically suitable for an increased number of species were concentrated in the Andes, while those projected to remain climatically suitable for a reduced number of species are mainly located in the central Amazon region, and in the foothills of the Andes in Peru. The negative relationship between climatic suitability and the size of the IBA also highlights the importance of particular small sites for the conservation of species. An important factor that impacts the resilience of sites under climate change is the microclimatic heterogeneity of the site, which buffers against the impacts of climate change and may provide local climate refugia for species (Anderson et al., 2014; Suggitt et al., 2018). Due to the resolution of our analysis we can cannot directly link the ability of sites to remain climatically suitable for species of conservation concern to the microclimates occurring in the site, but our results show that the location of the site plays an important role in climate resilience.

There are several limitations owing to the scale and resolution of the study that need to be kept in mind when interpreting our results. Firstly, our analysis is based on range maps showing polygons of distributional boundaries gridded to a resolution of 0.5 × 0.5 degrees as input data for the SDMs. Using polygon range maps as an input (as opposed to point locality data or presence/absence data) allowed us to include a much larger proportion of species, but it is important to recognise that such maps have associated omission and commission errors, and therefore potential mismatches with the underlying climate (Rondinini et al., 2006). Similarly, many of the included IBAs are small, which may lead to mismatches between the underlying climate used in the analysis and the actual microclimate within the IBA. Therefore, while our network-scale results should be robust, the results for individual IBAs or species need to be interpreted carefully. Our finding that the Andes contain a concentration of IBAs with increasing value (i.e., a high number of colonizing species) needs to be treated cautiously given how many montane species might be expected to be incapable of traversing lower-elevations between mountains (Wilson et al., 2005; Sekercioglu et al., 2008; La Sorte and Jetz, 2010). In this region, summed dispersal distances might exceed the distances over which range shifts are plausible, given the need to potentially traverse unsuitable lowland elevations. Producing an iterative, annual dispersal model might be a useful approach in these areas, to account for natural barriers that species are unlikely to cross. Additionally, our analysis is based only on changes in climate suitability, and does not consider potential species interactions. Biotic interactions are likely to have an impact on projected future ranges (Godsoe and Harmon, 2012; Engelhardt et al., 2020) and may determine whether a species will be able to colonise an IBA that is projected to become climatically suitable (Mitchell et al., 2006). Furthermore, the availability of suitable habitat will have an impact of the establishment of species for which an IBA becomes climatically suitable. There have been promising advances to integrate habitat suitability into these types of studies (Rondinini et al., 2011; Methorst et al., 2017), but this still remains a challenge for a continental-scale study and one that projects into the future. Incorporating the availability of species’ primary habitat into the analysis, using a layer of the current habitat, did not substantially change the results. Nevertheless, incorporating habitat preferences as well as habitat dynamics into the models and including future habitat projections as they become available will increase our ability to project potential impacts on site networks under climate change (Regos et al., 2016; Titeux et al., 2017). Notwithstanding these caveats, we consider our study to be robust when it comes to assessing broad trends in climatic suitabilities for species of concern across the IBA network.



CONCLUSION

Our results confirm that a continental-scale network of sites identified according to their current importance for species is likely to remain effective under future climate change, despite many species shifting their distributions. Although there is high spatial variation in the projected turnover of species within individual IBAs, based on climatic suitability, and individual sites may increase or decrease in the number of species they are climatically suitable for, the network as a whole is projected to still support the majority of species of conservation concern. This highlights the importance of taking a network-scale perspective and of considering site-specific objectives and management decisions based on both projected local impacts and consideration of the context of the site within the wider network.



DATA AVAILABILITY STATEMENT

Publicly available datasets were analyzed in this study. This data can be found here: http://datazone.birdlife.org/home and https://www.worldclim.org/data/bioclim.html.



AUTHOR CONTRIBUTIONS

CW, SB, and SW designed the study. AV and DB performed the analysis with input from SW, SB, and CW. AV wrote the manuscript with contributions from all authors. All authors approved the submitted version.



FUNDING

This work was supported by the John D. and Catherine T. Macarthur Foundation.



SUPPLEMENTARY MATERIAL

The Supplementary Material for this article can be found online at: https://www.frontiersin.org/articles/10.3389/fevo.2021.625432/full#supplementary-material


FOOTNOTES

1https://github.com/AlkeVoskamp/IBA_analysis_BL_Audubon.git


REFERENCES

Adams, V. M., Iacona, G. D., and Possingham, H. P. (2019). Weighing the benefits of expanding protected areas versus managing existing ones. Nat. Sustain. 2, 404–411. doi: 10.1038/s41893-019-0275-5

Anderson, M. G., Clark, M., and Sheldon, A. O. (2014). Estimating climate resilience for conservation across geophysical settings. Conserv. Biol. 28, 959–970. doi: 10.1111/cobi.12272

Araújo, M. B., Alagador, D., Cabeza, M., Nogués-Bravo, D., and Thuiller, W. (2011). Climate change threatens European conservation areas. Ecol. Lett. 14, 484–492. doi: 10.1111/j.1461-0248.2011.01610.x

Araújo, M. B., Cabeza, M., Thuiller, W., Hannah, L., and Williams, P. H. (2004). Would climate change drive species out of reserves? An assessment of existing reserve-selection methods. Glob. Change Biol. 10, 1618–1626. doi: 10.1111/j.1365-2486.2004.00828.x

Araújo, M. B., Pearson, R. G., Thuiller, W., and Erhard, M. (2005). Validation of species–climate impact models under climate change. Glob. Change Biol. 11, 1504–1513. doi: 10.1111/j.1365-2486.2005.01000.x

Avalos, V. D. R., and Hernández, J. (2015). Projected distribution shifts and protected area coverage of range-restricted Andean birds under climate change. Glob. Ecol. Conserv. 4, 459–469. doi: 10.1016/j.gecco.2015.08.004

Bagchi, R., Crosby, M., Huntley, B., Hole, D. G., Butchart, S. H. M., Collingham, Y., et al. (2013). Evaluating the effectiveness of conservation site networks under climate change: accounting for uncertainty. Glob. Change Biol. 19, 1236–1248. doi: 10.1111/gcb.12123

Baker, D. J., Hartley, A. J., Burgess, N. D., Butchart, S. H. M., Carr, J. A., Smith, R. J., et al. (2015). Assessing climate change impacts for vertebrate fauna across the West African protected area network using regionally appropriate climate projections. Divers. Distribut. 21, 991–1003. doi: 10.1111/ddi.12337

Beale, C. M., Baker, N. E., Brewer, M. J., and Lennon, J. J. (2013). Protected area networks and savannah bird biodiversity in the face of climate change and land degradation. Ecol. Lett. 16, 1061–1068. doi: 10.1111/ele.12139

Betts, M. G., Wolf, C., Ripple, W. J., Phalan, B., Millers, K. A., Duarte, A., et al. (2017). Global forest loss disproportionately erodes biodiversity in intact landscapes. Nature 547, 441–444. doi: 10.1038/nature23285

Bird, J. P., Martin, R., Akçakaya, H. R., Gilroy, J., Burfield, I. J., Garnett, S. T., et al. (2020). Generation lengths of the world’s birds and their implications for extinction risk. Conserv. Biol. 34, 1252–1261. doi: 10.1111/cobi.13486

BirdLife International (2020a). Birds and Biodiversity Targets: What Do Birds Tell Us About Progress to the Aichi Targets and Requirements for the Post 2020 Biodiversity Framework? A State of the World’s Birds Report. Cambridge: BirdLife International.

BirdLife International (2020b). Important Bird and Biodiversity Area factsheets. Cambridge: BirdLife International.

BirdLife International, and NatureServe. (2014). Bird Species Distribution Maps of the World. Cambridge: BirdLife International.

Boyce, M. S., Vernier, P. R., Nielsen, S. E., and Schmiegelow, F. K. A. (2002). Evaluating resource selection functions. Ecol. Model. 157, 281–300. doi: 10.1016/S0304-3800(02)00200-4

Brashares, J. S., Arcese, P., and Sam, M. K. (2001). Human demography and reserve size predict wildlife extinction in West Africa. Proc. R. Soc. Lond. Ser. B Biol. Sci. 268, 2473–2478. doi: 10.1098/rspb.2001.1815

Bray, J. R., and Curtis, J. T. (1957). An ordination of the upland forest communities of southers Wisconsin. Ecol. Monogr. 27, 326–349.

Breiman, L. (2001). Random forests. Mach. Learn. 45, 5–32. doi: 10.1023/a:1010933404324

Butchart, S. H. M., Clarke, M., Smith, R. J., Sykes, R. E., Scharlemann, J. P. W., Harfoot, M., et al. (2015). Shortfalls and solutions for meeting national and global conservation area targets. Conserv. Lett. 8, 329–337. doi: 10.1111/conl.12158

Cantú-Salazar, L., and Gaston, K. J. (2010). Very large protected areas and their contribution to terrestrial biological conservation. BioScience 60, 808–818. doi: 10.1525/bio.2010.60.10.7

Chen, I.-C., Hill, J. K., Ohlemüller, R., Roy, D. B., and Thomas, C. D. (2011). Rapid range shifts of species associated with high levels of climate warming. Science 333, 1024–1026. doi: 10.1126/science.1206432

Cho, S.-H., Thiel, K., Armsworth, P. R., and Sharma, B. P. (2019). Effects of protected area size on conservation return on investment. Environ. Manag. 63, 777–788. doi: 10.1007/s00267-019-01164-9

Coetzee, B. W. T., Robertson, M. P., Erasmus, B. F. N., Van Rensburg, B. J., and Thuiller, W. (2009). Ensemble models predict important bird areas in southern Africa will become less effective for conserving endemic birds under climate change. Glob. Ecol. Biogeogr. 18, 701–710. doi: 10.1111/j.1466-8238.2009.00485.x

Cohen, J. (1960). A coefficient of agreement for nominal scales. Educ. Psychol. Meas. 20, 37–46. doi: 10.1177/001316446002000104

Di Cola, V., Broennimann, O., Petitpierre, B., Breiner, F. T., D’Amen, M., Randin, C., et al. (2017). ecospat: an R package to support spatial analyses and modeling of species niches and distributions. Ecography 40, 774–787. doi: 10.1111/ecog.02671

Dinerstein, E., Vynne, C., Sala, E., Joshi, A. R., Fernando, S., Lovejoy, T. E., et al. (2019). A global deal for nature: guiding principles, milestones, and targets. Sci. Adv. 5:eaaw2869. doi: 10.1126/sciadv.aaw2869

Dockerty, T., Lovett, A., and Watkinson, A. (2003). Climate change and nature reserves: examining the potential impacts, with examples from Great Britain. Glob. Environ. Change 13, 125–135. doi: 10.1016/S0959-3780(03)00010-4

Donald, P. F., Fishpool, L. D. C., Ajagbe, A., Bennun, L. A., Bunting, G., Burfield, I. J., et al. (2019). Important Bird and Biodiversity Areas (IBAs): the development and characteristics of a global inventory of key sites for biodiversity. Bird Conserv. Int. 29, 177–198. doi: 10.1017/S0959270918000102

Dunlop, M., Hilbert, D. W., Ferrier, S., House, A., Liedloff, A., Prober, S. M., et al. (2012). “The implications of climate change for biodiversity conservation and the national reserve system: final Synthesis,” in A Report Prepared for the Department of Sustainability, Environment, Water, Population and Communities, and the Department of Climate Change (Canberra: CSIRO Climate Adaptation Flagship).

Dutra, L. X. C., Bayliss, P., McGregor, S., Christophersen, P., Scheepers, K., Woodward, E., et al. (2018). Understanding climate-change adaptation on Kakadu National Park, using a combined diagnostic and modelling framework: a case study at Yellow Water wetland. Mar. Freshw. Res. 69, 1146–1158. doi: 10.1071/MF16166

Elith, J., and Graham, C. H. (2009). Do they? How do they? WHY do they differ? On finding reasons for differing performances of species distribution models. Ecography 32, 66–77. doi: 10.1111/j.1600-0587.2008.05505.x

Engelhardt, E. K., Neuschulz, E. L., and Hof, C. (2020). Ignoring biotic interactions overestimates climate change effects: the potential response of the spotted nutcracker to changes in climate and resource plants. J. Biogeogr. 47, 143–154. doi: 10.1111/jbi.13699

Freeman, E. A., and Moisen, G. G. (2008). A comparison of the performance of threshold criteria for binary classification in terms of predicted prevalence and kappa. Ecol. Model. 217, 48–58. doi: 10.1016/j.ecolmodel.2008.05.015

Fuller, R. A., McDonald-Madden, E., Wilson, K. A., Carwardine, J., Grantham, H. S., Watson, J. E. M., et al. (2010). Replacing underperforming protected areas achieves better conservation outcomes. Nature 466, 365–367.

Gillingham, P. K., Bradbury, R. B., Roy, D. B., Anderson, B. J., Baxter, J. M., Bourn, N. A. D., et al. (2015). The effectiveness of protected areas in the conservation of species with changing geographical ranges. Biol. J. Linnean Soc. 115, 707–717. doi: 10.1111/bij.12506

Gillings, S., Balmer, D. E., and Fuller, R. J. (2015). Directionality of recent bird distribution shifts and climate change in Great Britain. Glob. Change Biol. 21, 2155–2168. doi: 10.1111/gcb.12823

Godsoe, W., and Harmon, L. J. (2012). How do species interactions affect species distribution models? Ecography 35, 811–820. doi: 10.1111/j.1600-0587.2011.07103.x

Hambler, C. (2004). Conservation. Cambridge: Cambridge University Press.

Hannah, L. (2008). Protected areas and climate change. Ann. N. Y. Acad. Sci. 1134, 201–212. doi: 10.1196/annals.1439.009

Hannah, L., and Hansen, L. A. (2005). Designing Landscapes and Seascapes for Change. Climate Change and Biodiversity.

Hannah, L., Midgley, G. F., Andelman, S. J., Araújo, M. B., Hughes, G., Martinez-Meyer, E., et al. (2007). Protected area needs in a changing climate. Front. Ecol. Environ. 5:131–138. doi: 10.1890/1540-929520075[131:PANIAC]2.0.CO;2

Hannah, L., Midgley, G. F., Lovejoy, T., Bond, W. J., Bush, M., Lovett, J. C., et al. (2002). Conservation of Biodiversity in a changing climate. Conserv. Biol. 16, 264–268. doi: 10.1046/j.1523-1739.2002.00465.x

Hausfather, Z., and Peters, G. P. (2020). Emissions – the business as ususal story is misleading. Nature 577, 618–620. doi: 10.1038/d41586-020-00177-3

Heller, N. E., and Zavaleta, E. S. (2009). Biodiversity management in the face of climate change: a review of 22 years of recommendations. Biol. Conserv. 142, 14–32. doi: 10.1016/j.biocon.2008.10.006

Hijmans, R. J., Cameron, S. E., Parra, J. L., Jones, P. G., and Jarvis, A. (2005). Very high resolution interpolated climate surfaces for global land areas. Int. J. Climatol. 25, 1965–1978.

Hijmans, R. J., and van Etten, J. (2012). raster: Geographic Analysis and Modelling with Raster Data. R package.

Hiley, J. R., Bradbury, R. B., Holling, M., and Thomas, C. D. (2013). Protected areas act as establishment centres for species colonizing the UK. Proc. R. Soc. B Biol. Sci. 280:20122310. doi: 10.1098/rspb.2012.2310

Hirzel, A., Le Lay, G., Helfer, V., Randin, C. F., and Guisan, A. (2006). Evaluating the ability of habitat suitability models to predict species presences. Ecol. Model. 199, 142–152. doi: 10.1016/j.ecolmodel.2006.05.017

Hof, C., Voskamp, A., Biber, M. F., Böhning-Gaese, K., Engelhardt, E. K., Niamir, A., et al. (2018). Bioenergy cropland expansion may offset positive effects of climate change mitigation for global vertebrate diversity. Proc. Natl. Acad. Sci. U.S.A. 115:13294. doi: 10.1073/pnas.1807745115

Hole, D. G., Huntley, B., Arinaitwe, J., Butchart, S. H. M., Collingham, Y. C., Fishpool, L. D. C., et al. (2011). Toward a management framework for networks of protected areas in the face of climate change. Conserv. Biol. 25, 305–315. doi: 10.1111/j.1523-1739.2010.01633.x

Hole, D. G., Willis, S. G., Pain, D. J., Fishpool, L. D., Butchart, S. H. M., Collingham, Y. C., et al. (2009). Projected impacts of climate change on a continent-wide protected area network. Ecol. Lett. 12, 420–431. doi: 10.1111/j.1461-0248.2009.01297.x

Holloway, P., Miller, J. A., and Gillings, S. (2016). Incorporating movement in species distribution models: how do simulations of dispersal affect the accuracy and uncertainty of projections? Int. J. Geogr. Inform. Sci. 30, 2050–2074. doi: 10.1080/13658816.2016.1158823

Jammalamadaka, S. R., and SenGupta, A. (2001). “Topics in circular statistics,” in Series on Multivariate Analysis, Vol. 5, ed. M. M. Rao (Singapore: World Scientific), doi: 10.1142/4031

Johnston, A., Ausden, M., Dodd, A. M., Bradbury, R. B., Chamberlain, D. E., Jiguet, F., et al. (2013). Observed and predicted effects of climate change on species abundance in protected areas. Nat. Clim. Change 3, 1055–1061. doi: 10.1038/nclimate2035

Kharouba, H. M., and Kerr, J. T. (2010). Just passing through: global change and the conservation of biodiversity in protected areas. Biol. Conserv. 143, 1094–1101. doi: 10.1016/j.biocon.2010.02.002

Knutti, R., Masson, D., and Gettelman, A. (2013). Climate model genealogy: generation CMIP5 and how we got there. Geophys. Res. Lett. 40, 1194–1199. doi: 10.1002/grl.50256

La Sorte, F. A., and Jetz, W. (2010). Projected range contractions of montane biodiversity under global warming. Proc. Biol. Sci. 277, 3401–3410. doi: 10.1098/rspb.2010.0612

Laurance, W. F., Lovejoy, T. E., Vasconcelos, H. L., Bruna, E. M., Didham, R. K., Stouffer, P. C., et al. (2002). Ecosystem decay of amazonian forest fragments: a 22-year investigation. Conserv. Biol. 16, 605–618. doi: 10.1046/j.1523-1739.2002.01025.x

Lee, T. M., and Jetz, W. (2008). Future battlegrounds for conservation under global change. Proc. R. Soc. B Biol. Sci. 275, 1261–1270. doi: 10.1098/rspb.2007.1732

Lehikoinen, P., Santangeli, A., Jaatinen, K., Rajasärkkä, A., and Lehikoinen, A. (2019). Protected areas act as a buffer against detrimental effects of climate change–evidence from large-scale, long-term abundance data. Glob. Change Biol. 25, 304–313. doi: 10.1111/gcb.14461

Lenoir, J., Bertrand, R., Comte, L., Bourgeaud, L., Hattab, T., Murienne, J., et al. (2020). Species better track climate warming in the oceans than on land. Nat. Ecol. Evol. 4, 1044–1059. doi: 10.1038/s41559-020-1198-2

Littlefield, C., McRae, B., Michalak, J., Lawler, J., and Carroll, C. (2017). Connecting today’s climates to future climate analogs to facilitate movement of species under climate change. Conserv. Biol. 31, 1397–1408. doi: 10.1111/cobi.12938

Liu, C., White, M., and Newell, G. (2013). Selecting thresholds for the prediction of species occurrence with presence-only data. J. Biogeogr. 40, 778–789. doi: 10.1111/jbi.12058

Mascia, M. B., and Pailler, S. (2011). Protected area downgrading, downsizing, and degazettement (PADDD) and its conservation implications. Conserv. Lett. 4, 9–20. doi: 10.1111/j.1755-263X.2010.00147.x

Maxwell, S. L., Cazalis, V., Dudley, N., Hoffmann, M., Rodrigues, A. S. L., Stolton, S., et al. (2020). Area-based conservation in the twenty-first century. Nature 586, 217–227. doi: 10.1038/s41586-020-2773-z

McCullagh, P., and Nelder, J. A. (1989). “Generalized linear models,” in Monograph on Statistics and Applied Probability, Vol. 37, (London: Chapman and Hall).

Methorst, J., Böhning-Gaese, K., Khaliq, I., and Hof, C. (2017). A framework integrating physiology, dispersal and land-use to project species ranges under climate change. J. Avian Biol. 48, 1532–1548. doi: 10.1111/jav.01299

Meynard, C. N., and Quinn, J. F. (2007). Predicting species distributions: a critical comparison of the most common statistical models using artificial species. J. Biogeogr. 34, 1455–1469. doi: 10.1111/j.1365-2699.2007.01720.x

Mitchell, C. E., Agrawal, A. A., Bever, J. D., Gilbert, G. S., Hufbauer, R. A., Klironomos, J. N., et al. (2006). Biotic interactions and plant invasions. Ecol. Lett. 9, 726–740. doi: 10.1111/j.1461-0248.2006.00908.x

Olson, D. M., Dinerstein, E., Wikramanayake, E. D., Burgess, N. D., Powell, G. V. N., Underwood, E. C., et al. (2001). Terrestrial ecoregions of the world: A new map of life on earth. Biosci. 51, 933–938. doi: 10.1641/0006-3568(2001)051[0933:TEOTWA]2.0.CO;2

Pecl, G. T., Araújo, M. B., Bell, J. D., Blanchard, J., Bonebrake, T. C., Chen, I.-C., et al. (2017). Biodiversity redistribution under climate change: Impacts on ecosystems and human well-being. Science 355:eaai9214. doi: 10.1126/science.aai9214

Prasad, A. M., Iverson, L. R., and Liaw, A. (2006). Newer classification and regression tree techniques: bagging and random forests for ecological prediction. Ecosystems 9, 181–199. doi: 10.1007/s10021-005-0054-1

R Developement Core Team (2012). R: A Language and Environment for Statistical Computing. Vienna: R Foundation for Statistical Computing.

Randin, C. F., Dirnböck, T., Dullinger, S., Zimmermann, N. E., Zappa, M., and Guisan, A. (2006). Are niche-based species distribution models transferable in space? J. Biogeogr. 33, 1689–1703.

Regos, A., D’Amen, M., Titeux, N., Herrando, S., Guisan, A., and Brotons, L. (2016). Predicting the future effectiveness of protected areas for bird conservation in Mediterranean ecosystems under climate change and novel fire regime scenarios. Divers. Distribut. 22, 83–96. doi: 10.1111/ddi.12375

Ridgeway, G. (2007). Generalized Boosted Models: A Guide to the gbm Package. R Package Vignette.

Rodrigues, A. S. L., Andelman, S. J., Bakarr, M. I., Boitani, L., Brooks, T. M., Cowling, R. M., et al. (2004). Effectiveness of the global protected area network in representing species diversity. Nature 428, 640–643.

Rondinini, C., Di Marco, M., Chiozza, F., Santulli, G., Baisero, D., Visconti, P., et al. (2011). Global habitat suitability models of terrestrial mammals. Philos. Trans. R. Soc. B Biol. Sci. 366, 2633–2641. doi: 10.1098/rstb.2011.0113

Rondinini, C., Wilson, K. A., Boitani, L., Grantham, H., and Possingham, H. P. (2006). Tradeoffs of different types of species occurrence data for use in systematic conservation planning. Ecol. Lett. 9, 1136–1145. doi: 10.1111/j.1461-0248.2006.00970.x

Santini, L., Butchart, S. H. M., Rondinini, C., Benítez-López, A., Hilbers, J. P., Schipper, A. M., et al. (2019). Applying habitat and population-density models to land-cover time series to inform IUCN Red List assessments. Conserv. Biol. 33, 1084–1093. doi: 10.1111/cobi.13279

Sekercioglu, C. H., Schneider, S. H., Fay, J. P., and Loarie, S. R. (2008). Climate change, elevational range shifts, and bird extinctions. Conserv. Biol. 22, 140–150. doi: 10.1111/j.1523-1739.2007.00852.x

Suggitt, A. J., Wilson, R. J., Isaac, N. J. B., Beale, C. M., Auffret, A. G., August, T., et al. (2018). Extinction risk from climate change is reduced by microclimatic buffering. Nat. Clim. Change 8, 713–717. doi: 10.1038/s41558-018-0231-9

Swets, J. A. (1988). Measuring the accuracy of diagnostic systems. Science 240, 1285–1293. doi: 10.1126/science.3287615

Thomas, C. D., Gillingham, P. K., Bradbury, R. B., Roy, D. B., Anderson, B. J., Baxter, J. M., et al. (2012). Protected areas facilitate species’ range expansions. Proc. Natl. Acad. Sci. U.S.A. 109, 14063–14068. doi: 10.1073/pnas.1210251109

Titeux, N., Henle, K., Mihoub, J.-B., Regos, A., Geijzendorffer, I. R., Cramer, W., et al. (2017). Global scenarios for biodiversity need to better integrate climate and land use change. Divers. Distribut. 23, 1231–1234. doi: 10.1111/ddi.12624

van Vuuren, D. P., Edmonds, J., Kainuma, M., Riahi, K., Thomson, A., Hibbard, K., et al. (2011). The representative concentration pathways: an overview. Clim. Change 109:5. doi: 10.1007/s10584-011-0148-z

Venter, O., Magrach, A., Outram, N., Klein, C. J., Possingham, H. P., Di Marco, M., et al. (2018). Bias in protected-area location and its effects on long-term aspirations of biodiversity conventions. Conserv. Biol. 32, 127–134. doi: 10.1111/cobi.12970

Warren, R., Price, J., VanDerWal, J., Cornelius, S., and Sohl, H. (2018). The implications of the United Nations Paris Agreement on climate change for globally significant biodiversity areas. Clim. Change 147, 395–409. doi: 10.1007/s10584-018-2158-6

Wenger, S. J., and Olden, J. D. (2012). Assessing transferability of ecological models: an underappreciated aspect of statistical validation. Methods Ecol. Evol. 3, 260–267. doi: 10.1111/j.2041-210X.2011.00170.x

Wilsey, C. B., Wu, J. X., Taylor, L., Voskamp, A., Willis, S. G., Linares-Romero, L. G., et al. (2019). Proyectando el impacto del cambio climaìtico sobre la avifauna de aìreas protegidas: el caso del Parque Nacional Natural Chingaza, Colombia. Yu’Am 3, 4–21.

Wilson, R. J., Gutiérrez, D., Gutiérrez, J., Martínez, D., Agudo, R., and Monserrat, V. J. (2005). Changes to the elevational limits and extent of species ranges associated with climate change. Ecol. Lett. 8, 1138–1146. doi: 10.1111/j.1461-0248.2005.00824.x

Wood, S. (2006). Generalized Additive Models: An Introduction with R. Boca Raton, FL: CRC Press.

Woodroffe, R., and Ginsberg, J. R. (1998). Edge effects and the extinction of populations inside protected areas. Science 280, 2126–2128. doi: 10.1126/science.280.5372.2126

Worboys, G. L., Winkler, C., and Lockwood, M. (2006). “Threats to protected areas,” in Managing Protected Areas: A Global Guide, eds M. Lockwood, G. L. Worboys, and A. Kothari (London: Earthscan).

Wu, J. X., Wilsey, C. B., Taylor, L., and Schuurman, G. W. (2018). Projected avifaunal responses to climate change across the U.S. National Park System. PLoS One 13:e0190557. doi: 10.1371/journal.pone.0190557


Conflict of Interest: The authors declare that the research was conducted in the absence of any commercial or financial relationships that could be construed as a potential conflict of interest.

Copyright © 2021 Voskamp, Butchart, Baker, Wilsey and Willis. This is an open-access article distributed under the terms of the Creative Commons Attribution License (CC BY). The use, distribution or reproduction in other forums is permitted, provided the original author(s) and the copyright owner(s) are credited and that the original publication in this journal is cited, in accordance with accepted academic practice. No use, distribution or reproduction is permitted which does not comply with these terms.











	 
	PERSPECTIVE
published: 13 May 2021
doi: 10.3389/fevo.2021.624587





[image: image]

Bird Extinctions in Brazil’s Atlantic Forest and How They Can Be Prevented

Pedro F. Develey1* and Benjamin T. Phalan2*

1SAVE Brasil (BirdLife in Brazil), São Paulo, Brazil

2Centre for Conservation of Atlantic Forest Birds, Instituto Claravis, Parque das Aves, Foz do Iguaçu, Brazil

Edited by:
Çagan H. Sekercioglu, The University of Utah, United States

Reviewed by:
Miguel Alfonso Ortega-Huerta, National Autonomous University of Mexico, Mexico
Jonah Henri Ratsimbazafy, Madagascar Primate Study and Research Group, Madagascar

*Correspondence: Pedro F. Develey, pedro.develey@savebrasil.org.br; Benjamin T. Phalan, benjamin@parquedasaves.com.br

Specialty section: This article was submitted to Conservation and Restoration Ecology, a section of the journal Frontiers in Ecology and Evolution

Received: 31 October 2020
Accepted: 16 April 2021
Published: 13 May 2021

Citation: Develey PF and Phalan BT (2021) Bird Extinctions in Brazil’s Atlantic Forest and How They Can Be Prevented. Front. Ecol. Evol. 9:624587. doi: 10.3389/fevo.2021.624587

Bird species extinctions in the Atlantic Forest of Brazil have been predicted since the early 1990s, but it has become accepted wisdom that none have yet been documented. We revisit this question in light of updates to the global Red List, and conclude that between five and seven bird species have likely been driven to extinction in the wild in this biome in recent decades, plus a further two species that occurred elsewhere in Brazil. These extinctions were the result of habitat loss in combination with other threats. A further nine Atlantic Forest bird species are Critically Endangered, plus six from elsewhere in Brazil. We review growing efforts to help these species avoid extinction using a range of tools including multi-stakeholder planning, advocacy, habitat protection and restoration on public and private land, focussed research, and intensive population management, drawing on examples from the most threatened Atlantic Forest endemics. Conservation organisations, local communities, government agencies, zoos, international funders, universities and others are working together to prevent these species from disappearing. While the political environment in Brazil has rarely been more hostile to conservation, there are also some positive trends. Rates of deforestation in the Atlantic Forest have fallen, forest restoration and recovery is increasing, and an unprecedented number of ordinary people are taking an interest in birds and participating in citizen science. With dedication, collaboration, sufficient resources, and a focus on evidence-informed solutions, we are hopeful that many of the Critically Endangered species can be pulled back from the brink of extinction.
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INTRODUCTION

We are in the midst of a biodiversity crisis. International biodiversity targets have been missed, species continue to decline, and extinctions, previously concentrated on small islands, are increasingly occurring on continental islands and land-masses (Szabo et al., 2012; CBD, 2020; WWF Living Planet Report, 2020). Although the evidence for this crisis is overwhelming, extinction predictions have been questioned (Rennie, 2002). Brazil is the second country in the world in number of globally threatened birds (166) (BirdLife International, 2021), more than half of which are found in the Atlantic Forest (Pizo and Tonetti, 2020; Develey, 2021). The endemic birds of Brazil’s Atlantic Forest – more than 210 species and growing as taxonomic revision unveils new species (Lima, 2013; Vale et al., 2018) – have long been held up as a test case for predictions of extinctions from habitat loss, including a prediction of > 80 eventual bird extinctions (Brown and Brown, 1992; Brooks and Balmford, 1996; Brooks et al., 2002). These early studies considered that there had been no Atlantic Forest bird extinctions, but that the number of threatened species was consistent with predictions given that species are committed to go extinct after a time lag.

Questions about these predictions remain. They were based on an estimate that 7.5% of the biome retained primary forest (Brooks et al., 2002), but a more recent estimate that 28% of the biome retains native vegetation may be more appropriate (Rezende et al., 2018). However, much of the remaining forest is in small, degraded fragments; 73% is within 250 m of an edge, and < 8% is more than 1 km from an edge (Ribeiro et al., 2009; Banks-Leite et al., 2010). Some endemics tolerate degraded habitats, and there may be a rescue effect of forest recovery and conservation interventions, through which species otherwise committed to extinction can be saved from that fate (Brooks et al., 2002; Lira et al., 2012; Pizo and Tonetti, 2020; Bolam et al., 2021; but see Harris and Pimm, 2004). Nevertheless, some species extinctions in Brazil’s Atlantic Forest would be expected.

We use recently updated information from the Global Red List (BirdLife International, 2021), supplemented by the National Red List (ICMBio, 2018) to revisit the assertion that there have been no documented extinctions of birds in the Atlantic Forest (Brown and Brown, 1992; Brooks and Balmford, 1996; many later citations). We examine the conservation situation for globally Extinct, Extinct in the Wild and Critically Endangered birds in Brazil to provide an update on extinctions, possible extinctions, and species on the brink of extinction. We describe conservation actions being implemented for Critically Endangered species, focussing primarily on Atlantic Forest endemics, and end with the question: what will it take to save these species from extinction?



GONE OR MISSING: BIRDS THAT ARE EXTINCT OR WITHOUT RECENT RECORDS

Seven Brazilian birds are now listed as globally Extinct, Extinct in the Wild, or Critically Endangered (Possibly Extinct), of which five were from the Atlantic Forest (Table 1). For a further two species, both Atlantic Forest endemics, there are no documented records (i.e., with photos, sound recordings, or other concrete evidence) from this century, and they too may be extinct (Pacheco and Fonseca, 2001; Butchart et al., 2018; Lees et al., 2021). Of this total of seven to nine lost species, two have been saved through captive breeding programmes (ICMBio, 2018; Francisco et al., 2020). The greatest concentration of these species was in the Pernambuco Centre of Endemism in northeast Brazil (Silveira et al., 2003), with four species (Supplementary Figure 1). Further species might have been lost before ever being described (Lees and Pimm, 2015).


TABLE 1. Bird species of Brazil listed as globally Extinct (EX), Extinct in the Wild (EW), or Critically Endangered (CR), including birds that are Possibly Extinct (PE) or Possibly Extinct in the Wild (PEW) (BirdLife International, 2021).

[image: Table 1]For all nine species, habitat loss to agriculture was an important threat (BirdLife International, 2021). All species also suffered from additional threats, including hunting/trapping (five species), logging (three species), and increases in fire frequency/intensity (three species). Historical waves of land clearance and degradation in the Atlantic Forest were caused by extraction of wood and charcoal, planting of crops such as coffee, cocoa, sugarcane and vegetables, establishment of eucalyptus plantations, expansion of cattle pasture, and urbanisation. In the northeast, an important cause of deforestation was a programme started in 1975 to promote production of ethanol from sugarcane (De Almeida Medeiros and Froio, 2012). Sugarcane and cattle pasture have since replaced most of the forests of the Pernambuco Centre of Endemism.

Most of the species from Atlantic Forest were tied to specific food sources or microhabitats, which likely increased their vulnerability to extinction: Cryptic Treehunter Cichlocolaptes mazarbarnetti was specialised at foraging in bromeliads (Mazar Barnett and Buzzetti, 2014); Alagoas Foliage-gleaner Philydor novaesi was a dead-leaf-searching specialist (Mazar Barnett and Buzzetti, 2014); Glaucous Macaw Anodorhynchus glaucus likely depended on Yatay Palms Butia yatay (Pittman, 1993); and Purple-winged Ground-dove Claravis geoffroyi was closely associated with Guadua bamboos (Areta et al., 2009).

As well as global extinctions and probable extinctions, there have also been many local extirpations, which are relevant to testing predictions of species-area models at finer scales. These include Red-and-green Macaw Ara chloropterus, Chestnut-fronted Macaw Ara severus, Red-throated Caracara Ibycter americanus and Great-billed Seed-finch Sporophila maximiliani from most or all of the Atlantic Forest; Cinereous Antshrike Thamnomanes caesius and Spot-backed Antshrike Hypoedaleus guttatus from Pernambuco and Alagoas; Black-fronted Piping-guan Aburria jacutinga from Bahia and Espírito Santo; Banded Cotinga Cotinga maculata and Double-toothed Kite Harpagus bidentatus from Rio de Janeiro; and Blue-winged Macaw Primolius maracana from Rio Grande do Sul (Lima, 2013). While extirpations can be reversed through habitat restoration and reintroductions, local losses such as these have cascading impacts on ecosystem function, and might indicate global extinctions in other, less-well-studied taxa such as plants or invertebrates (Siqueira Filho and Tabarelli, 2006).



ON THE BRINK: OTHER CRITICALLY ENDANGERED BIRDS

Among the 15 remaining Critically Endangered species with recent records, nine are found in the Atlantic Forest and eight are Atlantic Forest endemics (Table 1). The greatest concentration is again in the Pernambuco Centre of Endemism, where three species occur together at Murici in Alagoas (Figure 1). Another three species are found in the south of Bahia, although the ranges of all three do not intersect. Outside the Atlantic Forest, two species occur in the Cerrado, and four are endemic to the Amazon, with two in the Belém Centre of Endemism and another two in the extreme north of Brazil and adjacent Guyana (the Roraima-Rupununi region).
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FIGURE 1. Distributions of globally Critically Endangered bird species of Brazil, except for those already included as possibly extinct (see Table 1). Map data: Muylaert et al. (2018), BirdLife International, and Handbook of the Birds of the World (2019), Belém endemics: ICMBio (2018).


For the nine Atlantic Forest species, the most important threats are agriculture (nine species), logging and urbanisation (both seven species), fire (five species), and climate change (four species) (BirdLife International, 2021). Some threats are quite specific, such as water abstraction affecting Araripe Manakin Antilophia bokermanni, and invasion of wetlands by non-native plants reducing habitat quality for Marsh Antwren Formicivora paludicola.

As a result of these threats, remaining populations of some Atlantic Forest species are very small; they are truly on the brink of extinction. Stresemann’s Bristlefront Merulaxis stresemanni is now known from just one individual, although as-yet-unconfirmed reports from another site offer hope of a second population. Intensive surveys have encountered only eleven individuals of Cherry-throated Tanager Nemosia rourei, and the global population is unlikely to be much greater. Just 17 Alagoas Antwrens were found during two years of dedicated fieldwork, and again, the global population cannot be much greater than that number (Vilela, 2020, in litt.). Other species have suffered serious declines. Banded Cotinga has disappeared from even the largest remaining forest blocks in Espírito Santo, for reasons that are not understood (BirdLife International, 2021). Araripe Manakin declined by 22% between 2013 and 2018 (ICMBio, 2020). Reduced to very low numbers, populations become more vulnerable to additional threats such as disease, genetic problems, and stochastic events (Newton, 1998), but we have virtually no information on these potential threats for the species mentioned here.



CONSERVATION EFFORTS TO PREVENT A WAVE OF EXTINCTIONS

The situation for Brazil’s most threatened species is worrying, but there is much being done to help them. Here, we review some of the most important actions being taken, with a focus on the Critically Endangered birds of the Atlantic Forest. Global analyses indicate that conservation interventions have been effective in avoiding at least some extinctions, including several of the species highlighted here (Bolam et al., 2021). In Brazil, conservation interventions have helped at least three bird species to be downlisted from Critically Endangered to Endangered – Red-billed Curassow Crax blumenbachii, Lear’s Macaw Anodorhynchus leari and Grey-breasted Parakeet Pyrrhura griseipectus (BirdLife International, 2021). In most cases, multiple interventions are needed, ideally defined through collaborative, multi-stakeholder planning, such as the National Action Plans coordinated by ICMBio.


Policy, Governance, and Advocacy

The current political climate in Brazil is unfavourable for conservation, with a federal administration hostile to environmentalists, non-governmental organisations, and environmental protection. Nevertheless, Brazil has a legacy of strong environmental laws, and there continue to be possibilities for progress at municipal and state levels. The 2006 Atlantic Forest Law protects all mature Atlantic Forest from clearance except in special circumstances (Calmon et al., 2011). The 2012 Native Vegetation Protection Law requires landowners to protect 20% of their property as native vegetation and conserve vegetation along watercourses and on steep slopes (Metzger et al., 2019). These laws are only as strong as their implementation and enforcement, and while deforestation in the Atlantic Forest has decreased over the last decade (SOS Mata Atlântica/INPE, 2020), continued efforts are needed to end deforestation and forest degradation in some key states.

Engagement with authorities at state and municipal level has generated results. In the municipality of Guararema, for example, lobbying and advice by the NGO SAVE Brasil resulted in the municipal council designating a 2,373 ha Wildlife Refuge in 2019 to protect wetlands that shelter at least 50 Marsh Antwrens (SAVE Brasil, 2019). Other efforts have been less successful: attempts in collaboration with state government to declare a strictly protected area in the last remaining Cherry-throated Tanager site failed because of opposition by some farmers, a stark reminder of the crucial role of understanding and engaging with local stakeholders.



Habitat Protection and Management

Habitat protection is a cornerstone conservation strategy. Even where there are other threats, it is crucial to buy time to understand the ecological requirements of the species and plan other conservation interventions. Some 30% of remaining vegetation cover in the Atlantic Forest is in formal protected areas, of which 9% is strictly protected (IUCN Categories I-IV), including Estação Ecológica de Murici in Alagoas (Bencke et al., 2006; Rezende et al., 2018). Beyond these public protected areas, 231,730 ha of Atlantic Forest are conserved in private protected areas (Confederação Nacional de RPPNs, 2020). In Pernambuco, forests of the Serra do Urubu are protected by two private reserves and support populations of Orange-bellied Antwren Terenura sicki and Alagoas Tyrannulet Phylloscartes ceciliae.

In the state of Ceará, the entire range of Araripe Manakin is protected by a mosaic of nine public and private protected areas, but the species remains threatened by water abstraction and extreme climatic events. In the southeast, one of the two known groups of Cherry-throated Tanager is protected in a biological reserve; the other group occurs in a block of forest of less than 1,000 ha, part of which is protected in a private reserve. A local NGO is working with other national and international organisations to buy land for more private reserves.



Habitat Recovery and Restoration

In some parts of the Atlantic Forest, forest cover is increasing, as a result of both forest regrowth on abandoned land and active restoration. Between 2011 and 2015, c.700,000 ha of forest regrowth appeared in the 15 Brazilian Atlantic Forest states (Crouzeilles et al., 2019). While this is a positive trend, it may be many decades before forest-dependent species return to secondary forests, and the process of habitat recovery may come too slowly for the most depleted populations. Given how little forest remains overall, and the vulnerability of remaining fragments to edge effects and degradation, some species could yet be committed to extinction (Uezu and Metzger, 2011). Nevertheless, this time lag between habitat loss and extinction, or extinction debt, provides a window of opportunity for other conservation actions to avert extinctions. In the case of the Marsh Antwren, habitat management and restoration are needed even within protected areas, as wetlands are prone to fluctuating water levels, siltation and consequent invasion of exotic plant species.



Intensive Population Management

While it is preferable to maintain species in their natural habitat where possible, other measures such as control of nest predators, translocations, or establishment of insurance populations for later reintroduction must be considered in extreme cases (Lees and Pimm, 2015). Alagoas Curassow was saved from extinction through captive breeding and detailed genetic study and management; the next challenge, already underway, is to re-establish a wild population (Francisco et al., 2020). Six of the nine Critically Endangered Atlantic Forest birds with known populations are small insectivorous passerines, for which little expertise in captive breeding exists. In the case of Alagoas Antwren, a programme aimed at developing the expertise needed for ex situ conservation, working initially with non-threatened model species, began at the end of 2019 through a partnership between the private zoo Parque das Aves and SAVE Brasil. If successful, these efforts open up the possibility of intensive management interventions for Alagoas Antwren and other small insectivores where those are deemed necessary. Such decisions must be made through consultation and dialogue with key stakeholders including government authorities, conservation organisations and researchers. In parallel, work is ongoing in the field on the reproductive biology of Alagoas Antwren in Murici to obtain the necessary data for captive breeding or in situ interventions.



Scientific Research

Field research programmes led by university biologists in partnership with NGOs have been developed for Alagoas Antwren, Araripe Manakin, Cherry-throated Tanager and Marsh Antwren. In the case of Alagoas Antwren, we suspect that interactions with other birds are key to their survival, since the species was commonly sighted foraging within mixed flocks (Teixeira and Gonzaga, 1985; Whitney and Pacheco, 1997; Mazar Barnett et al., 2005). Since the species was described in 1997, some of the key nuclear flock-forming birds have been greatly depleted within its range (Cinereous Antshrike Thamnomanes caesius, Red-crowned Ant-tanager Habia rubica). Large multi-species mixed flocks are no longer observed in the understorey and midstorey (H. Vilela, A. Andrade, pers. comm.). The loss of large mixed flocks may leave Alagoas Antwrens exposed to higher predation risk and/or lower foraging success (Develey and Peres, 2000). The two globally Extinct species that occurred at the same site (Alagoas Foliage-gleaner and Cryptic Treehunter) also foraged with mixed flocks (Mazar Barnett and Buzzetti, 2014).

Araripe Manakin is perhaps the best-studied Critically Endangered bird from the Atlantic Forest. Fifteen articles published in the last 10 years have detailed its reproduction, diet and habitat use, providing a solid scientific basis for conservation action (ICMBio, 2020). For Cherry-throated Tanager, very little is known yet. Censuses are being conducted, including the use of passive acoustic recorders to estimate population size, but encounter rates are extremely low, making a robust estimate difficult. In the case of Marsh Antwren, research is ongoing on it and its sister species, Paraná Antwren Formicivora acutirostris, to understand its genetic structure and habitat needs. Passive acoustic recorders are being used to search for Purple-winged Ground-dove (Lees et al., 2021).



Awareness and Communication

Knowledge, appreciation and respect for species and their habitats can contribute to a culture of environmental conservation. As far as interest in birds is concerned, a positive civil society trend is the exponential growth in numbers of birdwatchers and bird photographers, now estimated at nearly 40,000 Brazilians and still growing (Develey, 2021). This movement contributes to knowledge of Brazilian birdlife through citizen science platforms including WikiAves and eBird. The question that emerges and still does not have a clear answer is the extent to which this interest translates into improved conservation outcomes for birds. Among citizens of ten countries rich in biodiversity, Brazilians scored relatively highly in terms of awareness of the term “biodiversity” and what it means, but very poorly in terms of positive attitudes toward biodiversity conservation and willingness to contribute to biodiversity conservation (SINUS Institute, 2019). This suggests that – while the growth in interest and awareness of birds is encouraging – there is still much to do to help the Brazilian public understand the biodiversity crisis, and to build greater popular support for conservation action.



CONCLUSION

It is no longer accurate to say that no bird extinctions have been documented in the Atlantic Forest. We consider that between five and seven bird species have been driven to extinction in the wild in this biome and others have been extirpated from large parts of it, because of habitat loss in combination with other threats. The number of extinctions is lower than the number of eventual bird extinctions predicted by Brooks et al. (2002), perhaps because more habitat remains than was previously estimated, protected areas and other conservation efforts were implemented as species became rarer, extinction debt takes many decades to be paid, and because some endemic species can occupy regrowing secondary forests. The historical legacy of deforestation and forest degradation means that some species have been depleted to tiny, fragmented populations and continue to face a high risk of extinction in the near future. Many of the birds discussed in this paper have (or had) highly specific habitat requirements, such as associations with bamboos, bromeliads, palms and small wetlands. For such species, total forest area is a weak indicator of suitable habitat, and they will require targetted interventions to ensure population recovery, including intensive management interventions where appropriate.

What will it take for the most threatened Atlantic Forest birds to be saved from extinction? Certainly, continued and scaled-up investment in advocacy, habitat protection, restoration, intensive population management, targetted research, and public engagement are needed. Cases from Brazil and around the world have shown that in the right circumstances, species can be pulled back from what seems like a hopeless situation. A federal government more supportive of its conservation agencies, and willing to invest resources commensurate with the challenge of preventing extinction, would be an advantage, but much can be done even without this support. It is already too late for Alagoas Foliage-gleaner and Cryptic Tree Hunter, but other cases are more hopeful. With dedication, collaboration, sufficient resources, and a focus on evidence-informed solutions, species can be saved from the brink of extinction.
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An estimated 17% of migratory bird species are threatened or near threatened with extinction. This represents an enormous potential loss of biodiversity and cost to human societies due to the economic benefits that birds provide through ecosystem services and ecotourism. Conservation of migratory bird species presents many unique challenges, as these birds rely on multiple geographically distinct habitats, including breeding grounds, non-breeding grounds, and stopover sites during migration. In particular, stopover habitats are seldom studied relative to breeding and non-breeding habitats, despite their importance as refueling stations for migratory birds. In this study, we summarize the current research on the use of temporary primary crops by birds during migration and we assess the species characteristics and agricultural practices most often associated with the use of cropland as stopover habitat. First, we conducted a systematic review of the literature to document the effects various farming practices and crop types have on the abundance and diversity of migratory birds using agricultural areas for stopovers. Second, we analyzed the ecological correlates of bird species in the Northern Hemisphere that predict which species may use these areas while migrating. We ran a GLMM to test whether primary diet, diet breadth, primary habitat, habitat breadth, or realm predicted stopover use of agricultural areas. Our review suggests that particular crop types (principally rice, corn, and sunflower), as well as farming practices that result in higher non-cultivated plant diversity, encourage the use of agricultural areas by migrating birds. We found that cropland is used as stopover habitat by bird species that can utilize a large breadth of habitats, as well as species with preferences for habitat similar in structure to agricultural areas.

Keywords: crop science, land use, landscape ecology, habitat, diet, nearctic, palearctic, conservation ecology


INTRODUCTION

There are nearly 2,000 long-distance migratory bird species worldwide (Horns and Şekercioğlu, 2018) which exhibit a wide diversity of behaviors, ecological requirements, migratory strategies, and conservation statuses (Rabenold and Rabenold, 1985; Şekercioğlu, 2007; Egevang et al., 2010; Horns and Şekercioğlu, 2018). Although on a global scale migratory birds are less threatened with extinction than are sedentary birds, in recent years the proportion of threatened and near threatened migratory bird species has increased at a much faster rate, from 10% (Şekercioğlu, 2007) to 16% (Horns and Şekercioğlu, 2018), and the number of migratory bird species threatened by global change is likely to be greatly underestimated (Zurell et al., 2018). Conservation of migratory birds is challenging because these species rely on multiple, geographically distinct habitats, including breeding grounds, non-breeding grounds, and stopover sites during migration (Galarza and Tellería, 2003; Newton, 2004; Dänhardt et al., 2010). Migration is increasingly recognized as the most challenging and dangerous period for the adults of migratory species (Carlisle et al., 2009). Consequently, in the last few decades, an increasing number of studies have focused on better understanding the importance of migratory stopover sites (Hutto, 1998; Weber et al., 1999; Carlisle et al., 2009; Greco and Airola, 2018; Weithman et al., 2018).

Migratory birds (hereafter “migrants”) spend up to one-third of each year migrating (Keast and Morton, 1980). Since most species cannot go from breeding to non-breeding grounds in a single flight, individuals alternate between periods of active migration and temporary suspensions of their migration for feeding, resting, recovering, and waiting for favorable weather conditions (hereafter “stopovers”) (Piersma, 1987; Hutto, 1998; Rosenberg et al., 2017; Linscott and Senner, 2021). Migrants rely heavily on stopover sites to quickly replenish fat stores (Péron et al., 2007). Timewise, up to 85% of a bird’s migration is spent at stopover sites (Hedenström and Alerstam, 1997; Green et al., 2002; Schmaljohann et al., 2012; Roques et al., 2020).

Stopovers can be differentiated into three major types of stops: “fire escapes,” “convenience stores,” and “full-service hotels” (Mehlman et al., 2005). “Fire escapes” are used as last minute emergency stops before significant barriers like oceans or deserts. Since the risk of mortality without these stops is high, individuals choose any area before these barriers to refuel, even if these birds are unlikely to fully replenish their resources. “Convenience store” stopover sites are used for brief (under 2 days) rests in suboptimal habitat, usually surrounded by generally inhospitable habitat. Lastly, “full-service hotels” are stops in optimal habitats where the birds can fully replenish their supplies and are generally longer than the “convenience store” stops (Mehlman et al., 2005). The duration of stopovers is positively related to body mass gain (Schmaljohann and Eikenaar, 2017; Roques et al., 2020), but lengthening stopover duration can be detrimental for overall fitness by increasing both migration duration and the likelihood of predation at stopover sites (Lank et al., 2003). Therefore, any loss, change, or degradation of these stopover areas can have large scale negative consequences for a migratory population (Weber et al., 1999; Grishchenko and Prins, 2016). The locations where birds choose to stopover are not random, and particular habitats are selected, while others are avoided (Loria and Moore, 1990; Martin and Karr, 1990; Moore, 1991; Mabey et al., 1993; Moore and Aborn, 2000). Many migrants that have specific habitat requirements on their breeding and non-breeding grounds will make use of a wider range of environments during migration (Petit, 2000). Unfortunately, for most species, the habitats used as stopover sites are understudied relative to the habitats used for breeding and non-breeding grounds (Hutto, 1998; Carlisle et al., 2009).

Anthropogenic land use is a major driver of habitat loss, and increasing levels of human development are correlated with declines in density and diversity for most bird species (Clergeau et al., 1998; Joyce et al., 2018). Agricultural land makes up a substantial share of human land use. Since 1961, the percent of agricultural land has increased from 35.6 to 37.4% of the world’s land area (World Bank, 2020), while agriculture has intensified and traditional agriculture has declined (Marini et al., 2011). Nevertheless, agricultural areas are more suitable habitat than cities or suburbs for many birds (La Sorte et al., 2014), and thus farmland may function as suitable habitat for birds during stopover.

Within agriculture, most crops can be readily categorized into two groups, temporary and permanent. Temporary primary crops are defined by the Food and Agriculture Organization of the United Nations (FAO) as seasonal crops that come directly from the land without any real processing, and include cereals, pulses, roots and tubers, sugar crops, temporary oil-bearing crops, temporary fiber crops, vegetables, tobacco, and fodder crops (FAO, 2021). Permanent crops include orchards, fruits, nuts, permanent oil-bearing crops, spices, and other perennial crops. Since temporary primary crops are usually seasonal or annual, crop type and farm practices can be readily changed from year to year. Furthermore, as of 2014, temporary crops made up 1.3 billion hectares of land use (12.5% of all habitable land) in agricultural areas (Ritchie and Roser, 2013).

One third of all bird species have been recorded in agricultural areas (Şekercioğlu et al., 2007) and avian use of primary temporary crops is well documented, particularly for certain crops such as sugarcane (Alexandrino et al., 2019) and rice (Elphick et al., 2010; Masero et al., 2011; Elphick, 2015). For birds, temporary primary crops can provide food in the form of seeds, the plants themselves, or vertebrates and invertebrates that live among the crops (Stafford et al., 2010). Furthermore, crops provide shelter from predators and places to rest (Hutto, 1998; Linscott and Senner, 2021). Research focusing on rice paddies has revealed extensive use of this habitat by migrating birds in the United States, Europe, and East Asia, even suggesting some of these areas should formally be designated as “Important Bird and Biodiversity Areas” for bird diversity and conservation (Acosta et al., 2010; Masero et al., 2011; Johnson et al., 2012; Yamaguchi et al., 2012; Grishchenko et al., 2019). However, to our knowledge, the use of other dominant crop types by migrating birds, particularly other forms of temporary primary crops, such as corn and sunflower, have yet to be formally reviewed despite the fact that they represent a large percentage of global land cover and are continuing to expand rapidly (Ramankutty and Foley, 1999).

Migratory species differ substantially in their diets, habitat preferences, and migration strategies (Alerstam and Lindström, 1990). The number and duration of stopovers are usually optimized to match with seasonal variation in food availability (Alerstam and Lindström, 1990; Sanz et al., 2003; Baker et al., 2004; Becker et al., 2008; Roques et al., 2020). Given this variation in stopover strategies (Loria and Moore, 1990; Martin and Karr, 1990; Moore, 1991; Mabey et al., 1993; Moore and Aborn, 2000), it is important to understand which traits predict stopover usage. Risk of extinction has been shown to be non-randomly distributed among avian families (Bennett and Owens, 1997), and there are significant relationships between avian ecological traits and extinction risk (Henle et al., 2004; Şekercioğlu et al., 2004; Şekercioğlu, 2011, 2012; Wang et al., 2015, 2018), including migratory behavior (Horns and Şekercioğlu, 2018). Since stopover sites are also not randomly distributed, it is critical to understand the ecological traits and other characteristics of migratory birds that predict their stopover use of agricultural fields.

In this study, we summarize the research on the use of temporary primary croplands by Palearctic and Nearctic birds during migration, and the avian species characteristics and agricultural practices most often associated with the use of croplands as bird stopover habitat. We first synthesize the existing literature on how crop types and management practices can affect the abundance and diversity of species that use temporary primary crops during migration. Our second aim is to understand the ecological correlates, such as habitat and diet preferences, that predict which species may use these areas during migration. This understanding can provide critical guidance for improving migratory bird conservation in agricultural areas.



MATERIALS AND METHODS


Literature Review

We conducted a systematic search of the peer-reviewed literature published between 1900 and 2020, using search terms related to temporary primary crops and stopover events by avian migrants (Supplementary Table 1). These terms were used as keywords in a search of the ISI Web of Knowledge Complete Collection database. Each article was reviewed to confirm that it discussed temporary primary crops and stopover during avian migration (Supplementary Table 2). We defined the term stopover as a bird being recorded doing activities such as feeding, or roosting in areas between their breeding and non-breeding habitats during migration regardless of duration (Mehlman et al., 2005). All species are listed in Supplementary Table 3.



Data Selection

For our analyses, we compiled a dataset of migratory bird species from the literature and used ecological traits to predict the use of agricultural areas for stopover by these species. We used primary diet, diet breadth, primary habitat, habitat breadth, and biogeographic realm of these bird species to understand which ecological correlates are important in predicting which birds use these sites. We compiled ecological and conservation status data on the world’s birds from Bird Life International (2020) and BirdBase, a dataset of ecological and life-history traits collected from the ornithological literature, including field guides and other ornithological books (e.g., Del Hoyo et al., 1992–2013; Robson, 2014, and the Birds of the World, Billerman et al., 2020; see Şekercioğlu et al., 2004, 2019 for further details on this dataset). We first narrowed our dataset to all migratory species which were considered “Full Migrants” by Bird Life International (2020) or “Full” or “Partial” migrants by BirdBase. The analysis was further restricted to Nearctic and Palearctic migrants, as there is minimal literature outside of these biogeographic realms on migratory bird stopover events in agricultural areas. We also removed all pelagic families from our analyses, as their migrations rarely take them over land.

For each of these migratory species, we collected data on taxonomic family, primary diet, primary habitat, diet breadth, habitat breadth, and threat status (Supplementary Table 4). Taxonomic family was obtained from the Handbook of the Birds of the World and BirdLife International Digital Checklist of the Birds of the World v4 (updated December 2019). Primary diet was categorized from BirdBase into one of nine groups: invertivore, piscivore, granivore, vertivore, generalist herbivore, omnivore, nectarivore, frugivore, or scavenger. If no single food type comprised the majority of a species’ diet, then that species was assigned as a carnivore, herbivore, or omnivore depending on the contents of its diet. Diet breadth is the number of different main food types an individual species is known to consume, such as fruits, seeds, nectar, invertebrates, or fish. Primary habitat is categorized from BirdBase into one of the following main habitat types: wetland, forest, grassland and plains, coastal, woodland, shrub, riparian, savannah, artificial, rocky, and desert. Habitat breadth is the number of habitats from the above groups an individual species is known to inhabit. Threat status was obtained from the IUCN Red List of Threatened Species (IUCN, 2019). We considered threatened species as those with IUCN red list categories of vulnerable (VU), endangered (EN), and critically endangered (CE). Non-threatened species were those with the IUCN red list categories of least concern (LC) and near threatened (NT).

Finally, we determined through an exhaustive literature review whether a species is known to use temporary primary cropland as stopover habitat, i.e., the species was recorded in cropland during the migratory season in at least one of the reviewed studies. This was to ensure that species used in our analyses that were recorded from agricultural fields were in fact stopover migrants and not residents.



Stopover Analyses

We conducted a generalized linear mixed model (GLMM) using a binomial error structure, based on all Nearctic and Palearctic migratory species. The binary response variable denoted whether each species has been reported to stopover in temporary primary croplands. We included primary diet, diet breadth, primary habitat, habitat breadth and biogeographic realm (Nearctic, Palearctic, or both, i.e., Holarctic) as fixed effects, with the family as a random effect to control for similarities among closely related species (Bevilacqua et al., 2012). Next, we used likelihood ratio tests to assess the significance of the categorical variables of the model to test the ability of each predictor variable to independently explain variation.

To assess the usage of cropland by each taxonomic family, primary habitat, habitat breadth, primary diet, diet breadth, and biogeographic realm, we used an exact binomial test to compare the proportion of species in each category that stopover in cropland with the overall proportion of species that stopover in cropland. We also conducted a Welch Two-Sample t-test to understand if the threat status of migrants that used agricultural areas for stopovers was different than those that didn’t use agricultural areas.

To better understand if species within families that spanned both realms differed in their usage of agricultural areas, we performed a post hoc analysis comparing families with more than eight species in both Nearctic and Palearctic realms. For this analysis we used an exact binomial test. We chose to include families with more than eight species in each realm, as this was the smallest sample size for which our other results provided significant results. Eight families were included in the analysis: Anatidae, Rallidae, Scolopacidae, Laridae, Ardeidae, Accipitridae, Turdidae, and Fringillidae.

All statistical analyses were conducted in R (version 4.0.2; R Core Team, 2020) using the packages lme4 (Bates et al., 2015), LmerTest (Kuznetsova et al., 2017), and lmtest (Zeileis and Hothorn, 2002).




RESULTS


Characteristics of Migratory Bird Stopover Sites in Croplands


Crop Type

Rice is one of the most important agricultural crops to migrating birds, providing a valuable food source and habitat (Elphick, 2010). Rice is cultivated worldwide and is one of the most abundant temporary primary crops, constituting over 1% of the world’s ice free lands (Maclean et al., 2002). Almost 86% of rice paddies are flooded, which offers protection from most weeds for the farmers, and adds to the conservation value of the crop (Chang and Luh, 1991; Elphick, 2010). This conservation value is increased in areas where natural wetlands have declined drastically, and rice fields act as the only similar available habitat (Day and Colwell, 1998; Elphick, 2010). After harvest, most rice fields outside of the tropics are left fallow in the non-growing season. These flooded rice fields are similar to wetlands and are used by waterfowl, wading birds, shorebirds, and cranes, as well as non-waterbirds (Elphick, 2004). Postharvest rice paddies provide migrating species with spilled grain, seeds of weeds, rice plants, and aquatic invertebrates to feed on (Stafford et al., 2010). Likewise, leftover stubble from the harvest provides a mosaic of vegetation similar in structure to “hemi-marshes” (Weller and Spatcher, 1965; Kaminski and Prince, 1981; Smith et al., 2004). Rice fields also offer food and shelter in the spring (Ibáñez et al., 2011). Rice paddies have become vital habitat to many migrating bird species by having habitat similar to rapidly declining wetland habitats and by providing a wide variety of foraging and roosting opportunities.

After rice, corn (maize) and sunflower are the temporary primary crop types most often identified as being preferred by migratory birds. These crops are actively selected over other crop types by numerous waterfowl, crane, raptor, and passerine species (Galle et al., 2009; Hagy et al., 2010; Pearse et al., 2011; Cai et al., 2014; Krapu et al., 2014). Corn in particular can constitute up to 90% of ingested material in cranes (Gruidae) and geese (Anatidae), while other crops generally make up less than 10% of ingested material (Krapu et al., 2014, 1995). Both corn and sunflower seeds contain relatively high amounts of metabolizable energy (Joyner et al., 1987; Galle et al., 2009), which may explain this food preference in birds. Besides providing food for migrants, certain crops also retain postharvest three-dimensional structure (e.g., corn and sunflower stalks are left standing after harvest) for use in the fall. These more complex environments are preferred by songbirds (Passeriformes) due to better roosting habitat and protection from predators (Galle et al., 2009).

In some cases, birds may select other crop types, but this preference is limited to a few species. Soybean, for example, is used extensively by waders, such as sandpipers and plovers (Scolopacidae and Charadriidae; Jorgensen et al., 2007; Stodola et al., 2014), for feeding and resting, but is avoided by other groups (LaGrange and Dinsmore, 1989; Krapu, 2004; Galle et al., 2009; Pearse et al., 2010; Krapu et al., 2014). This avoidance by most families may be due to the recent shift toward the use of genetically modified (GM) strains of soybean (Krapu, 2004). GM crops have more efficient means of weed control, which reduces the variety of food types available to migrating birds (Heard et al., 2003), and thereby may lessen the appeal of these GM soybean fields to birds. Canola is strongly preferred by several species of finch (Fringillidae), despite covering a small proportion of the landscape (Lindstrom and Alerstam, 1986; Lindström, 1990, 1989). Meanwhile, curlews (Scolopacidae) and cranes prefer to forage in wheat and alfalfa fields (Reinecke and Krapu, 1986; Leito et al., 2008; Shuford et al., 2013). Both of these groups are known to ingest crop seeds (Reinecke and Krapu, 1986; Shuford et al., 2013; Krapu et al., 2014), although it is likely that a substantial proportion of their time in farmland is also spent foraging on invertebrates that are found in the fields (Reinecke and Krapu, 1986). By planting crops preferred by migrants, like rice, corn, soybean, and canola, and allowing crops to retain their postharvest three-dimensional structure throughout the fall migration period, farmers can increase the utility of their fields to migrating birds by providing both food and shelter.



Farm Management

Migrating and breeding birds prefer farms with a higher diversity of wild plant species (Wilcoxen et al., 2018). Organic agriculture often supports a larger amount of plant diversity both within the fields due to a decrease in herbicide use, and in the surrounding landscape (Beecher et al., 2002). However, when organic farms were directly compared to traditional farms with similar plant diversity in the surrounding landscape, there was no difference in species richness of migrant birds between farm types (Jones et al., 2005; Kirk and Lindsay, 2017). Despite this, there is evidence that some granivores and invertivores are more likely to utilize organic over non-organic fields (Dänhardt et al., 2010). Diverse vegetation provides a broader range of habitat, higher potential for predator avoidance, and a higher diversity of food sources (Schaaf et al., 2008; Robertson et al., 2011; Rosin et al., 2012). Thus, if species are selecting for organic farms, they may be responding to plant heterogeneity both within the crops and in the surrounding landscape.

Retention of edge habitat, i.e., thin bands of native trees or shrubs that line farm borders, is highly associated with crop use by migrant birds (Koford and Best, 1996; Beecher et al., 2002; Rodewald and Brittingham, 2002; Yong and Finch, 2002; Rodewald et al., 2004). The abundance and diversity of food resources is generally higher along field edges (Rodewald and Brittingham, 2002; Foster, 2007), the habitat itself there is more heterogeneous, and therefore supports a higher diversity of species (Farina, 1988; Duckworth, 1994; Sapir et al., 2004). Likewise, farms located near riparian zones or wetlands tend to have higher concentrations of waterfowl, cranes, and waders that use the area to feed and roost (Pearse et al., 2013; Beatty et al., 2014; Bengtsson, 2016; Si et al., 2018). The presence of these habitats appears to allow riparian-dependent species to adequately replenish fat reserves regardless of the intensity of the surrounding agriculture (Janke et al., 2019). For many bird species, use of agricultural areas for stopovers may be due to edges, ecotones and surrounding habitat, and these birds’ association with cropland may be secondary. Retention of native vegetation within croplands not only provides important stopover habitat, but also increases per hectare farm yield through avian and other pollinator ecosystem services (Şekercioğlu, 2006; Pywell et al., 2015; Şekercioğlu et al., 2016).

Furthermore, the use of fallow fields in agriculture is rising (Traba and Morales, 2019). Fallow land is the cultivated land that is not seeded for one or more growing seasons (FAO, 2018). The use of fallow fields within a crop rotation can increase soil nutrients (Mertz et al., 2008). For birds that depend on temporary primary crops for stopovers, a shift from agriculture to fallow fields may have impacts on their migration patterns. For example, after the collapse of the USSR, farmland in northern Russia was mostly abandoned. As the fields transitioned into forests, Greater White-fronted Geese (Anser albifrons) shifted their stopover sites south to locations with more cropland (Grishchenko and Prins, 2016). Shifts away from farmland by geese can occur within 3 years of the fields laying fallow (Grishchenko and Prins, 2016). An increase in fallow fields has contributed to a decline in the numbers of birds using agricultural areas in Spain (Traba and Morales, 2019). However, due to the higher heterogeneity of plants within fallow fields, these practices may be beneficial to other bird species, including birds that do not rely on flooded fields (Wilcoxen et al., 2018). Furthermore, the increase in plant structural diversity within fallow fields compared to tilled fields improves these fields’ suitability for generalist birds (Bryan and Best, 1994; Hultquist and Best, 2001; Galle et al., 2009).

Management of postharvest rice fields can strongly affect their suitability as stopover site. Incomplete postharvest burns prior to flooding maintain a high abundance of waste rice and provide habitat similar to wetlands (Weller and Spatcher, 1965; Kaminski and Prince, 1981; Smith et al., 2004; Kross et al., 2008; Stafford et al., 2010). Likewise, the level of flooding can impact the value of the fields to migrants, with full flooding of the paddies correlating with higher bird diversity than that of dry or puddled fields (Day and Colwell, 1998). In the spring, water management, pesticide use, and field structure all affected the density of birds that utilized the paddies. Avian diversity and density were positively correlated with how long fields were flooded (Ibáñez et al., 2011). However, pesticides, herbicides, and taller, more dense vegetation reduced available food resources for most waterbirds (Ibáñez et al., 2011).

Besides limiting food resources (Ibáñez et al., 2011), pesticides in cropland can also affect migrant bird behavior during stopovers. For example, the ingestion of neonicotinoid insecticides by White-crowned Sparrows (Zonotrichia leucophrys) caused a rapid reduction in food consumption, body mass, and fat levels, and significantly affected their probability of departure (Eng et al., 2019). Birds that were exposed to high doses of the neonicotinoids stayed 3.5 days longer at the site of capture than at control sites (Eng et al., 2019). Furthermore, birds that ingested chlorpyrifos were significantly impaired and had trouble orienting correctly (Eng et al., 2019). This increase in stopover duration may put these birds at a disadvantage in competing for good breeding or non-breeding sites and may decrease their overall fitness. Pesticides may also affect a bird’s ability to fly even after they recommence their migration (Goulson, 2013; Addy-Orduna et al., 2019; Franzen-Klein et al., 2020), further affecting their overall fitness and increasing their risk of mortality.




Stopover Analyses

Our literature review revealed 385 papers that had the potential to contain information about stopover use of agricultural fields by migratory birds. Only 43 papers covered areas outside the Holarctic, and we did not utilize these papers in our study. Of the world’s nearly 2,000 migratory bird species, 1,122 species are non-pelagic migrant species in the Nearctic or Palearctic regions (Supplementary Table 4). There are 375 non-pelagic migratory species of birds that occur only in the Nearctic, and the region was the focus of 161 papers. Additionally, there are 634 non-pelagic migratory species that only occur in the Palearctic, and the region was the focus of 183 papers. Finally, there are 113 non-pelagic migratory species that were found in both realms. Our literature review revealed 335 species that were recorded making a stopover in primary temporary croplands (Supplementary Table 3). Of those, 100 were found in the Palearctic, 175 were found in the Nearctic, and 43 were found in both. The 17 species that were not from Palearctic or Nearctic realms were not included in the analysis. We believe that the small number of species from realms other than the Palearctic or Nearctic was due to limited research conducted in those areas. Including them in our results and expanding the analysis to include birds from all realms would bias our results. The proportion of Nearctic species (Figure 1; 46.6%, p < 0.001) and Holarctic species (Figure 1; 38.1%, p = 0.016) that utilized agricultural areas as stopover sites was significantly higher than average, while the proportion of Palearctic species (Figure 1; 15.8%, p < 0.001) was below average.
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FIGURE 1. The proportion of species that utilize temporary primary croplands by biogeographic realm. Point size indicates the total number of species within a category. Color represents the proportion of species within each group associated with cropland compared to the average association for migratory birds overall shown as a red line (28.3%): blue indicates a significantly higher than average proportion, red indicates a significantly lower than average proportion, and black indicates non-significant results.


We found that primary habitat (Figure 2A; χ2 = 35.228, p < 0.001), habitat breadth (Figure 2B; 0.341 ± 0.055, z = 6.241, p < 0.001), and biogeographic realm (Figure 1; χ2 = 56.434, p < 0.001) were all significantly associated with the use of temporary primary cropland for stopovers. The proportion of species with stopover events in cropland was highest for species whose primary habitat was woodland (Figure 2A; 40.0%, p = 0.003) or grassland and plains (36.2%, p = 0.018). Conversely, the proportion of species with stopovers recorded in cropland was lowest for species whose primary habitat was defined as coastal (20.0%, p = 0.047), riparian (9.1%, p = 0.007), rocky areas (3.3%, p < 0.001), or desert (0.0%, p = 0.050). Species that can utilize a higher variety of habitats were more likely to be reported with stopovers in temporary primary croplands. Species that used six major habitats were proportionally more likely to utilize temporary primary cropland (Figure 2B; 40.6%, p = 0.005) while habitat specialist species with a habitat breadth of 1 (14.8%, p = 0.010) or 2 (21.1%, p = 0.017) were less likely.
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FIGURE 2. The proportion of species that utilize temporary primary croplands by primary habitat (A), habitat breadth (B), primary diet (C), and diet breadth (D). Point size indicates the total number of species within a category. Color represents the proportion of species within each group associated with cropland compared to the average association for migratory birds overall, shown as a red line (28.3%): blue indicates a significantly higher than average proportion, red indicates a significantly lower than average proportion, and black indicates non-significant results.


Primary diet had a marginally insignificant association with the utilization of temporary primary cropland for stopovers (Figure 2C; χ2 = 18.255, p = 0.051). However, herbivores (Figure 2C; 44.4%, p = 0.029) had significantly higher proportions of stopover migrants than average. Additionally, the proportion of stopover migrants that utilized agricultural areas showed no significant association with diet breadth (Figure 2D). Compared to the average, all diet breadth categories had insignificant proportions of migrants who utilized agricultural areas for stopovers.

Certain families were more likely than others to utilize temporary primary croplands during migration (Figure 3). Families with significantly more species that were recorded having stopovers in crops included Icteridae (76.5%, p < 0.001), Troglodytidae (75.0%, p = 0.008), Cardinalidae (69.2%, p = 0.003), Parulidae (60.0%, p < 0.001), Scolopacidae (59.7%, p < 0.001), Vireonidae (58.3%, p = 0.028), Tyrannidae (56.0%, p = 0.003), Passerellidae (50.0%, p < 0.001), and Charadriidae (48.0%, p = 0.029). Families with significantly fewer species that were recorded having stopovers in cropland included Muscicapidae (16.2%, p = 0.014), Laridae (14.6%, p = 0.020), Emberizidae (7.4%, p = 0.008), Strigidae (6.7%, p = 0.047), Phylloscopidae (2.1%, p < 0.001), Locustellidae (0.0%, p = 0.005), and Acrocephalidae (0.0%, p < 0.001).
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FIGURE 3. The proportion of species by family that utilize temporary primary croplands. Point size indicates the total number of species within a category. Color represents the proportion of species within each group associated with cropland compared to the average association for migratory birds overall shown as a red line (28.3%): blue indicates a significantly higher than average proportion, red indicates a lower proportion than average, and black indicates non-significant results. No families with fewer than 8 migratory species had significantly higher or lower proportions of species that utilized agriculture for stopovers and were removed from the plot.


We found that there was a significant difference (t1829.2 = −13.079, p < 0.001) between the number of threatened species that were recorded using agricultural areas for stopovers (Mean = 0.022 ± 0.301) and species that did not stopover in agriculture (Mean = 0.101 ± 0.147).

In a post hoc analysis, we explored the differences between families with more than eight species in both Nearctic and Palearctic realms. We found no difference in seven of the eight families. Nearctic Laridae species had a lower proportion (10.0%, p = 0.007) of species that that stopped over in agricultural areas, while there was no significant result in the family within the Palearctic species.




DISCUSSION

As human impact on the planet continues to expand, it is critical to understand how migrant bird species may respond to land use change. By understanding which traits of birds predict whether or not a species utilizes temporary primary croplands for stopovers, we can improve our understanding of which species may benefit from the increase in agricultural areas in the Anthropocene and which species will need conservation intervention. Grassland, plains, and woodland birds, as well as generalist species with wider habitat breadths were more likely to stopover in agricultural areas (Figures 2A,B). Conversely, birds preferring riparian, desert, rocky, or coastal habitats, and habitat specialist species were less likely to stopover in agricultural areas (Figures 2A,B).

Primary habitat and habitat breadth were both significant predictors of whether a species stops in agricultural areas during migration (Figures 2A,B). Our analysis supports previous studies that have shown that birds with preferences for habitat similar to agricultural fields were more likely to use them as stopover sites (Robertson et al., 2011; Fontanilles et al., 2020). Additionally, many agricultural areas assessed in the literature were surrounded by forests, woodlands, or grasslands (e.g., Beecher et al., 2002; Kirk and Lindsay, 2017). This may account for birds with primary habitats that are dissimilar to agriculture fields, like woodlands, being reported in above-average proportions in fields. In areas where natural habitats have been cultivated for other uses, agricultural areas that mimic the primary habitats of a species may alternatively be used (Day and Colwell, 1998). Furthermore, species with wider habitat breadths are more likely to use agricultural areas as stopover sites since they can use more habitats.

We found that neither diet breadth nor primary diet was significantly correlated with agricultural stopover use (Figures 2C,D). This contrasts with other studies that have shown that generalist species, which can forage on a wide range of food types, are more common in these areas (Boutin et al., 1999). Since avian habitat and dietary specialists are more likely to be threatened with extinction (Şekercioğlu, 2011), our results demonstrate that agricultural areas may not be ideal for non-agricultural habitat specialists regardless of their dietary preferences. This corroborates previous research that shows long term declines in bird populations in tropical agricultural areas (Şekercioğlu et al., 2019). Furthermore, we found that disproportionately fewer threatened species were recorded using agricultural areas for stopovers, than compared to species that do not use these areas to stopover.

The proportion of certain dietary guilds associated with cropland may have also been influenced by an inherent bias in the published papers. For example, many geese (Anatidae) and blackbird (Icteridae) species are implicated in causing crop damage (Cummings et al., 1987; Jepsen, 1991). As a result, studies of bird use in agriculture fields have tended to focus on these potential “pests” and similar species given their economic importance (Cummings et al., 1987; Jepsen, 1991; Wallin and Milberg, 1995; Hagy et al., 2008). A review of the literature on avian cropland association will therefore be biased in favor of specific species within certain diet guilds that have received more attention. Even though primary diet was not a significant predicator of stopover use, herbivores were shown to utilize agricultural fields more than other guilds (Figure 2C).

Behavioral differences between families may also account for some of the taxonomic patterns of cropland use. Some species within bird families have been shown at an individual level to learn and adapt to changing conditions (Emery, 2004; Keagy et al., 2009). This adaptability may permit them to exploit altered areas. Behavioral differences may also introduce bias against nocturnal families like true owls (Strigidae), which may have been omitted from the literature as a result of researchers mostly focusing on diurnal species. Though there are fifteen species of migratory owls included within our study there are few radio-tracking studies being conducted on these owls that specifically comment on stopover use. Patterns of cropland use within a family could also be due to similar migratory strategies among related species. There is a positive correlation with body mass and accumulation of fat (per gram of lean body mass) (Alerstam and Lindström, 1990). Consequently, passerines tend to be limited in how far they can fly before replenishing energy reserves, resulting in short migratory “hops” and use of more stopover sites (Alerstam and Lindström, 1990). Conversely, larger species in non-songbird families tend to have longer uninterrupted flight bouts between only a few key stopover locations (Pfister et al., 1992; Atkinson et al., 2007; Littlefield and Johnson, 2013). More frequent use of stopover sites may therefore force songbirds to utilize a higher diversity of habitats, including farmland.

Region was found to have a significant effect on which birds were recorded having stopovers in agricultural areas, with 47.9% of migratory birds in the Nearctic realm being reported in agricultural areas during migration, in contrast to only 16.7% of Palearctic species reported in these areas. Even though our literature review returned a similar number of publications for both regions, almost all of the studies in the Palearctic came from Europe or East Asia, leaving much of Central Asia, South Asia and the Middle East unaccounted for. In this study, we looked at the differences in the proportion of species that stopover in agriculture between realms in eight families that had species in both realms. When we divided species within each family by realm, only one family differed in the proportion of species that utilized agricultural areas for stopovers. Since birds within the same family tend to have similar stopover usage, the differences in usage between realms may not be due to species changing their behavior and preferences to avoid cropland. Instead, this difference in realms may be a result of more Palearctic families not relying on agricultural areas. A lack of literature in much of the southern hemisphere and incomplete coverage in the Middle East, South Asia and Central Asia may bias our results by overestimating the importance of traits in species (i.e., geese and blackbirds) that lead to financial loss to farmers. Research into the cause of this discrepancy between realms may further shed light on how different species in a variety of dietary guilds utilize agriculture.

In addition to avian ecological traits, cropland management regimes also impact the abundance and diversity of birds that stopover. While relatively few prior studies have compared farm types, it is possible to draw several general conclusions about the effects of different farming practices on migration stopover preferences. Rice, corn, and sunflower appear to be preferred over other crops by a diverse set of migrants (Hagy and Bleier, 2007; Hagy et al., 2010; Stafford et al., 2010; Pearse et al., 2011; Cai et al., 2014; Krapu et al., 2014), which may be due to the comparatively high levels of metabolizable energy in these crops (Joyner et al., 1987; Galle et al., 2009; Stafford et al., 2010). All three crops also retain a high degree of spatial complexity, resulting in higher potential for roosting and predator avoidance.

There are many aspects of farm management that can affect whether migrants utilize the area as a stopover. Edge habitat use was positively associated with stopover use, most likely due to the increased plant diversity (Farina, 1988; Duckworth, 1994; Sapir et al., 2004). Crop heterogeneity is highly linked with the likelihood of migrants using the area as a stopover. The increase in vegetative diversity results in a higher abundance and variety of food sources and habitat (Robertson et al., 2011; Rosin et al., 2012). The effect of fallow fields on migrants was inconsistent, being negative for agriculture specialists but positive for non-specialists (Bryan and Best, 1994; Hultquist and Best, 2001; Galle et al., 2009; Wilcoxen et al., 2018). Farm managers can increase the use of temporary primary croplands by a larger breadth of species by maintaining edge habitat and overall plant diversity. Other agricultural practices, like the use of pesticides, may not affect birds initially choosing to stopover in agriculture, but can have lasting effects on birds after they resume their migration (Eng et al., 2019). Furthermore, farm managers can lessen their impact on migrant birds by using herbicides and pesticides with less avian toxicity. Obtaining a better understanding of the effects that common insecticides, herbicides, and fungicides have on migrating species should be considered a priority.



CONCLUSION

As anthropogenic land use continues to consume more land area, this study aims to shed light on factors that encourage or discourage avian use of agricultural areas, one of the most prevalent land cover types. Our review outlines crop management and selection decisions that can benefit certain birds during migration, a period of heightened vulnerability during a bird’s life cycle. We have also identified a set of factors that help predict which bird species are most inclined to use or avoid agricultural fields. Nevertheless, there is a scarcity of research on avian stopover habitat use in the Southern Hemisphere. Fewer than 6% of species recorded using agricultural areas for stopovers were from realms other than the Palearctic or the Nearctic. We believe this reveals a large gap in our knowledge of where migratory birds from these understudied realms spend up to 85% of their total migration time, which is a major impediment to their effective conservation. With steep declines in migratory bird populations in the Nearctic (Rosenberg et al., 2019) and Palearctic (Sanderson et al., 2006), understanding how to mitigate these declines is of utmost importance for avian conservation. As land is increasingly converted into agricultural use to feed the growing global population, it is imperative that we look for ways to increase the utility of agricultural habitats for birds and other species.
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Epigraph: “The house is burning. We do not need a thermometer. We need a fire hose.” (P. 102, Janzen and Hallwachs, 2019). Insectivorous birds are declining widely, and for diverse reasons. Tropical insectivorous birds, more than 60% of all tropical birds, are particularly sensitive to human disturbances including habitat loss and fragmentation, intensive agriculture and pesticide use, and climate change; and the mechanisms are incompletely understood. This review addresses multiple, complementary and sometimes synergistic explanations for tropical insectivore declines, by categorizing explanations into ultimate vs. proximate, and direct versus indirect. Ultimate explanations are diverse human Anthropocene activities and the evolutionary history of these birds. This evolutionary history, synthesized by the Biotic Challenge Hypothesis (BCH), explains tropical insectivorous birds' vulnerabilities to many proximate threats as a function of both these birds' evolutionary feeding specialization and poor dispersal capacity. These traits were favored evolutionarily by both the diversity of insectivorous clades competing intensely for prey and co-evolution with arthropods over long evolutionary time periods. More proximate, ecological threats include bottom-up forces like declining insect populations, top-down forces like meso-predator increases, plus the Anthropocene activities underlying these factors, especially habitat loss and fragmentation, agricultural intensification, and climate change. All these conditions peak in the lowland, mainland Neotropics, where insectivorous bird declines have been repeatedly documented, but also occur in other tropical locales and continents. This multiplicity of interacting evolutionary and ecological factors informs conservation implications and recommendations for tropical insectivorous birds: (1) Why they are so sensitive to global change phenomena is no longer enigmatic, (2) distinguishing ultimate versus proximate stressors matters, (3) evolutionary life-histories predispose these birds to be particularly sensitive to the Anthropocene, (4) tropical regions and continents vary with respect to these birds' ecological sensitivity, (5) biodiversity concepts need stronger incorporation of species' evolutionary histories, (6) protecting these birds will require more, larger reserves for multiple reasons, and (7) these birds have greater value than generally recognized.

Keywords: biological diversity, biotic challenge hypothesis, conservation, ecosystem services, insectivorous bird declines, intrinsic value, neotropics, tropics


INTRODUCTION

Birds are one of the most thoroughly described animal taxa, and thus provide one of the best indicators of Anthropocene impacts on the environment (Robinson and Sherry, 2012), and the news is anything but good. In North America, for example, diverse types of birds are declining precipitously, including once widespread and abundant species, providing losses of ecological services even absent complete extirpation or extinction (Rosenberg et al., 2019). Many potential causes of these declines have been identified (e.g., Sodhi et al., 2007b; Rosenberg et al., 2019). The combination of these global-scale human impacts has increased the extinction rates of birds and other organisms 1,000–10,000-fold (Pimm et al., 2006; Sodhi et al., 2007b; Raven and Wagner, 2021). These environmental impacts thus constitute a mass extinction comparable to past, non-human mass extinctions that profoundly and repeatedly changed the evolutionary course of history going back hundreds of millions of years. These human impacts constitute the “sixth mass extinction” (Kolbert, 2014; Ceballos et al., 2017), a major component of the transition from the Holocene to the Anthropocene, a proposed and not yet formally recognized epoch.

Human impacts on global Biological Diversity (henceforth, “biodiversity”) are not new. Ever since humans emerged out of Africa more than 50,000 years ago, and even before, humans over-hunted megafauna, including birds, to the point of extinction on virtually every continent, and on hundreds of islands (Sodhi et al., 2007b). This resulted initially from the most primitive technologies such as stone tools. Human technologies today eclipse what was possible with stone-age technologies, and the impacts on biodiversity globally are correspondingly devastating. The very diversity of these human impacts challenges our ability to explain precisely the causality. How can one make sense of why and how humans cause environmental havoc with so many potential causes and interactions thereof? Effective conservation action requires clear diagnosis of causality, including the costs and consequences such as lost species and their ecosystem services.

Insectivorous tropical birds help dissect the present and potential future causes of species extirpations and extinctions, and the stakes of this impoverishment. These birds' extraordinary sensitivity to human impacts is particularly well-documented in the Neotropics (e.g., Robinson, 1999; Sekercioglu et al., 2002, 2004, 2019; Sodhi et al., 2004; Stratford and Robinson, 2005; Sigel et al., 2006, 2010; Stouffer et al., 2006; Kumar and O'Donnell, 2007; Laurance et al., 2011; Newbold et al., 2013; Martínez et al., 2021), which comprise the focus of this review. Nonetheless, such sensitivity likely applies to the tropics more generally (e.g., Adeney et al., 2006; Peters et al., 2008; Peters and Okalo, 2009; Bregman et al., 2014), warranting inclusion of literature from the Paleotropics. Diverse causes of tropical insectivorous birds' sensitivity to the Anthropocene have been proposed, but remain poorly understood. Degradation via fragmentation is pivotal because of poor dispersal in many tropical insectivorous birds (e.g., Sekercioglu et al., 2002; Sheard et al., 2020; Sherry et al., 2020; Stouffer, 2020), including montane species (Soh et al., 2006; Sodhi et al., 2007b), and forest edge effects on forest interior species (Pfeifer et al., 2017). However, why do these birds disperse poorly, and why is this important to their conservation?

The stakes of tropical insectivorous bird declines, extirpations, and extinctions are high. Globally, about two-thirds of all species, and 89% of all land birds, are tropical (Sodhi et al., 2007b; Sekercioglu et al., 2012). In the Neotropics, >60% of all bird species are insectivorous, comprising ~2,081 resident, endemic species, not including migrants visiting the Neotropics seasonally (Sherry et al., 2020). These insectivores have arisen multiple times evolutionarily, given the wide distribution of Neotropical insectivores among avian taxa (Supplementary Table 1). Tropical insectivores thus include thousands of species, and billions of individuals, consuming vast numbers of diverse arthropods, including herbivorous insects, year-round, intimating a potentially significant impact on vegetation.

Human population size and activities constitute ultimate mechanisms of global change impacts on all organisms, including tropical birds. However, specifically how do human activities impact tropical, especially Neotropical, insectivorous birds so profoundly? We need to better understand both the proximate and ultimate causes, as well as the direct and indirect ones. Although narrowing the focus here to just tropical, especially Neotropical insectivorous birds, risks loss of generality, it gains the potential to identify overlooked mechanisms.

This review emphasizes the importance of incorporating the tropics better into conservation diagnoses and planning, i.e., taking a more globally comprehensive approach, using insectivorous Neotropical birds as a model system to highlight these issues. The fundamental assertion is that tropical insectivorous birds face many simultaneous, interacting human threats—a perfect storm. Additionally, a particularly important and poorly recognized ultimate threat is the evolutionary history and geography of tropical, especially mainland Neotropical insectivores. This history explains many of the more immediate, proximate vulnerabilities of insectivores, including their susceptibility to top-down, bottom-up, and a host of other genetic and demographic risk factors, all as the result of feeding specializations (Sherry et al., 2020). This combination of ultimate and proximate threats illuminates consequences of these declines, and indicates a variety of conservation implications and recommendations.

Diverse tropical organisms other than insectivorous birds are evolutionarily specialized in their species interactions, which likely increases their vulnerability to many of the same threats that impact insectivorous birds. For example, tropical mutualisms involving plant pollinators and fruit dispersers can involve few interacting animal or plant species, making these species interactions highly vulnerable to forest fragmentation (e.g., Laurance, 2005; Marjakangas et al., 2019; Carreira et al., 2020). Addressing all these, and many other tropical species interactions is beyond the scope of this review, but many lessons from this review may extend beyond just insectivorous tropical birds.



ULTIMATE MECHANISMS OF TROPICAL INSECTIVOROUS BIRD DECLINES

I start out distinguishing ultimate from proximate, and direct from indirect mechanisms of tropical insectivorous bird declines (Figure 1). I use “ultimate” in its general (non-biological) sense to distinguish a relatively distant from a more immediate “proximate” mechanism or trigger, although the boundary between these is arbitrary—for example, “Habitat Fragmentation Components” in the figure, especially habitat area reduction, represents an ultimate as well as a proximate factor. Ultimate mechanisms create the context and conditions for the more proximate mechanisms or triggers of population response. Two ultimate mechanisms are recognized: (1) Anthropocene environmental impacts that then trigger population declines via a variety of more proximate, demographic mechanisms of habitat loss and degradation that in turn cause declining reproductive success, survival, and/or population viability. (2) Evolved life-history traits that emphasize the legacy of tropical evolutionary history that make some populations or species particularly sensitive to the proximate mechanisms. This latter use of the term “ultimate” parallels its application to animal behavior causation, which distinguishes ultimate evolutionary adaptations from proximate endocrinological and neurobiological triggers. Ecosystem services of insectivorous birds (Section ultimate vs. proximate threats) link most directly to proximate mechanisms because of dependence on the birds' demography, although the ecosystem impacts and ecosystem services feedback into both ultimate and proximate mechanisms (Figure 2).


[image: Figure 1]
FIGURE 1. Diverse mechanisms (arrows) of Anthropocene global change impacts, emphasizing insectivorous birds. A variety of mechanisms (lettered) are particularly important in the tropics—see text for further explanation and references. (a) Increased forest loss and road construction dramatically increase forest accessibility to subsistence hunting and habitat degradation via a variety of mechanisms including forest fragmentation, fires, and further human exploitation of various resources. These are ultimate, mostly direct mechanisms. (b) Climate change alters avian geographic ranges, impacts that will be particularly dramatic in the tropics, given extensive elevation gradients and small geographic ranges, high species richness, and endemism (e.g., the Andes). These are ultimate, and mostly indirect impacts. (c) Indirect effects of structural and floristic vegetation change on birds due to modification of habitat and microhabitat, which in turn impacts feeding and nesting sites. Some of these are the indirect impact of trophic cascades. (d) An important ultimate mechanism highlighted in this paper involves many tropical birds poorly adapted for dispersal, making them highly vulnerable to forest patch isolation and indirectly to many demographic consequences of small population size. These are mostly indirect mechanisms. (e) Climate change interacts reciprocally with forest loss and fragmentation, which has largely ultimate, indirect impacts. (f) Bottom-up impacts of insect declines are both proximate and direct. (g) Top-down impacts of predator losses triggering trophic cascades, such as Meso-predator Release Hypothesis, indirectly reduce avian feeding and reproduction, a proximate threat. (h) The Biotic Challenge Hypothesis (BCH), explains evolutionary feeding specialization in the tropics and consequence of reduced dispersal due to tradeoff between feeding efficiency and dispersal capacity—an ultimate, indirect threat. (i) Multiple hypotheses stemming from pesticides, wildlife overexploitation, and invasive species impact insect abundances (mostly declines) and trophic chain disruptions, contributing ultimate threats that are both direct and indirect. Modified and extended from Robinson and Sherry (2012) and Sherry et al. (2020).
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FIGURE 2. Simplified mechanisms of threat to tropical insectivorous birds (from Figure 1) integrated with values of these animals and their ecosystems. Biological processes shown with solid arrow-headed lines; human values and concepts shown with dashed arrow-headed lines. As in Figure 1, Anthropocene activities (upper box) all impact both species biodiversity components, the ecological community (left-middle box) and bird traits (central box). Several mechanisms or values are particularly important for tropical insectivorous birds. (a) By consuming herbivorous insects these birds potentially influence plant demography (a trophic cascade), and vice versa, hence the double-headed arrows. (b) Extraordinary tropical species richness and diverse ecological roles within communities underscore ecosystem utilitarian values of birds, including insectivorous species. (c) The diversity of tropical birds and the charismatic traits of many species, emphasize their potential cultural ecosystem value, e.g., for ecotourism and education. (d) The long evolutionary history, specializations, and life-histories of tropical birds emphasize their intrinsic value, and thus indirectly their potential to educate humans. (e) Knowledge of the evolutionary history and traits of tropical insectivorous birds can feedback into human knowledge, culture, and ultimately conservation action, and thus help humans change how we relate to nature. (f) Related to mechanism (a), insectivorous birds benefit humans directly, economically by controlling agricultural crop pests.


I further recognize relatively direct versus indirect mechanisms nested within each of the ultimate and proximate mechanisms that constitute a higher level of a hierarchy of decline mechanisms. Direct mechanisms impact birds' populations without intermediary steps or organisms, illustrated by food organisms such as insects, and predators on adult birds or their nests. Indirect mechanisms operate via one or more intermediary agents, e.g., via trophic cascades and trophic downgrading of ecosystems (e.g., Estes et al., 2011; Terborgh, 2015), and can be far stronger than direct effects (Feeley and Terborgh, 2008; Sherry, 2008).

This recognition of a hierarchy of threats to insectivorous tropical birds is imperfect, but helps categorize fundamentally different causes with different challenges and solutions. For example, an important reason to highlight indirect mechanisms is that, as Estes et al. (2011) argue, ecological processes are often cryptic, e.g., unless an ecosystem is severely perturbed or the scale of a study is large enough in space or time to detect relevant interactions, making them easily overlooked. Some solutions are also relatively simple, like creating corridors for dispersal among refuges, whereas others like addressing climate change will be far more challenging given human institutions and priorities. Categorizing threats also helps identify new ones (what's missing), and will be necessary to model complex systems involving global human actions.


The Anthropocene

The first ultimate mechanism explaining tropical insectivorous bird declines is human global change phenomena, which emphasize human agency. These include the size of the human population—now more than 7.8 billion and growing—and the per capita environmental impacts (Vitousek et al., 1997; Rockström et al., 2015; Raven and Wagner, 2021), neither illustrated in Figure 1. These human phenomena then cause several subsidiary ultimate human activities, including habitat loss and conversion (to agriculture and other human-centered land-uses), climate change, pesticide use, invasive species, and wildlife overexploitation. Emphasizing these human impacts is important because of the ultimate human responsibility for the conservation of these species, and the different contributions to the problem by country and region (Davidson et al., 2012; Williston, 2019).

The term “Anthropocene” itself connotes a particular species, namely humans, as the cause of the environmental threats reviewed in this paper, which is problematic according to some social scientists, who argue instead that we must recognize that the wealthiest, and thus most politically and economically powerful, humans and nations have disproportionately caused the Anthropocene biodiversity crisis. Simultaneously, the most disenfranchised humans, such as indigenous tribes in Amazonia, are as much victims of human global change phenomena (Demos, 2017) as organisms like insectivorous tropical birds.



Species Life-Histories

The second ultimate cause of tropical insectivorous birds' extraordinary sensitivity to human disturbance is the evolutionary history responsible for species' distinctive life histories (Pavlacky et al., 2015). One of their most notable life-history traits is poor dispersal (e.g., Stratford and Robinson, 2005; Moore et al., 2008; Salisbury et al., 2012), which makes many of these species particularly vulnerable to habitat fragmentation. Sheard et al. (2020) also document a trend toward poor-dispersal wing shapes (lower Hand-Wing Index, thus less pointed wing tips) in low latitude birds globally, as well as in insect-feeders. We recently proposed an explanation for this poor dispersal, namely the Biotic Challenge Hypothesis (BCH), which derives from the ecology and evolution of insectivorous Neotropical birds (Sherry et al., 2020). According to this hypothesis, insectivorous birds' poor dispersal results from a combination of wing shapes adapted for feeding efficiency, at the expense of efficiency and endurance to travel any great distance, combined with the evolution of physiologically conservative metabolic rates in some species, which also limit endurance. The BCH thus entails a life-history tradeoff, involving dispersal ability weakened by the evolutionary necessity to compete for food with other tropical insectivores. Two relevant ecological processes intensify, particularly in the mainland equatorial lowlands, to create a challenging environment in which to forage: (1) diffuse interspecific competition with hundreds, if not thousands of other insectivores, and (2) predator-prey arms races. This competition combined with the diverse behavioral, chemical, and physical defenses by arthropods against different bird and other insectivorous species taken together challenge these predators' ability to detect, catch, handle, and digest prey (Sherry, 2016; Sherry et al., 2020). Mainland (South American and Central American) Neotropical forests comprise the most species-rich forested environments globally, for diverse kinds of organisms including insectivorous birds (at least 2,081 resident endemic insectivorous species from 14 orders and 46 families, ~60% of all Neotropical birds; Sherry et al., 2020). This combination of factors in the tropics help explain the diversity of avian feeding specializations (Supplementary Table 2) needed to survive in such environments.

Globally, avian specialization and extinction risk are linked (Sodhi et al., 2007b; Clavel et al., 2010; Sekercioglu, 2011). The BCH helps explain why Neotropical insectivorous birds' foraging specializations have made these species vulnerable to human global change phenomena, as discussed below in the context of specific proximate population decline mechanisms and dispersal limitation. A second likely cost, or tradeoff, involving feeding specializations is reduced feeding flexibility, which should exacerbate these species' vulnerability to declining arthropod abundance and the loss of feeding substrates (Ducatez et al., 2020), and to physiologically uninhabitable conditions. In becoming adapted to feed on particular substrates (Supplementary Table 2; Visco et al., 2015; Sherry et al., 2020), these birds have likely lost efficiency exploiting other prey and substrates. Betts et al. (2019) argue that tropical birds and other vertebrates are relatively sensitive to disturbances [see also Sheldon (2019)], especially those associated with fragmentation and edge effects (“extinction filters”), because of less exposure evolutionarily to disturbances compared to higher latitude species.

Multiple lines of evidence support a long evolutionary history, relatively stable (reduced-seasonality) climate, and disturbance-resistant wet forests (Cochrane and Barber, 2009) necessary to evolve the feeding specializations seen in insectivorous Neotropical birds (Sherry et al., 2020; Miller et al., 2021). These specializations, including the variety of feeding strategies plus relevant anatomical and other adaptations, have resulted from diverse adaptive radiations implicit in Supplementary Table 2. The phylogenies of these birds also indicate that these tropical insectivorous birds, and by inference their adaptations (and arthropod counter adaptations) are in some cases many tens of millions of years old, and accumulated gradually over a long time period (Salisbury et al., 2012; Harvey et al., 2020). This latter phylogeny of the suboscine passerines (non-songbird perching birds, largely endemic to the Neotropics except for the New World flycatchers–Tyrannidae—many of which migrate to the Nearctic region, and five Old World families including broadbills and pittas) puts the origin of diversification of this group at 44.5 million years ago. Even though this group is not entirely insectivorous, many of these families—including antbirds, ovenbirds and Woodcreepers, and New World flycatchers—comprise by far the greatest diversity of Neotropical insectivore species, which themselves comprise ~60% of all Neotropical birds (Sherry et al., 2020). Moreover, the suboscines in Harvey et al. (2020) are just some of the tropical insectivores (Supplementary Tables 1, 2).

Another reason to emphasize tropical insectivorous birds' life-histories is their evolutionary species interactions. Many bird-insect interactions are likely co-evolutionary, but this has yet to be as well-documented in birds as in many bat-insect interactions (e.g., Conner and Corcoran, 2012; ter Hofstede and Ratcliffe, 2016). Enhancement is another species interaction, defined as the increased accessibility of prey to one group of predators caused by altered behavior or microhabitat use caused by other predators (Charnov et al., 1976). Enhancement is pervasive in insectivorous Neotropical birds, which have evolved many specializations to exploit the anti-predator behaviors of their prey that have evolved in response to other predators (Sherry et al., 2020). Enhancement, like coevolution, likely requires long periods of time to evolve the necessary foraging traits due to their likely genetic complexity (e.g., predator and prey behavior, physiology, morphology). Some examples of enhancement are illustrative: Army ant-following birds exploit the conspicuousness of the arthropods and other animals fleeing the army ants, Epinecrophylla antwrens are specialized to feed on arthropods concealed in the suspended dead leaves that provide hiding refugia from other predators, and a variety of insectivorous birds join mixed-species flocks year-round to exploit the arthropods conspicuously fleeing other birds that act as beaters revealing prey presence. Insectivorous birds' predator-prey arms races and diffuse interspecific competition for prey, argued to have caused many tropical insectivorous birds' foraging specializations (Sherry et al., 2020), emphasize evolutionary species interactions. The evolutionary nature of all these species interactions indicates the need to expand beyond just ecological species interactions to understand the origins—and vulnerability—of tropical insectivorous birds.




PROXIMATE MECHANISMS OF TROPICAL AVIAN INSECTIVORE DECLINES

Proximate mechanisms of population decline are the focus of most research to date on the causes of insectivorous bird declines, in part because their proximity to the declines spatially and temporally likely makes these mechanisms easier to recognize and test. These can be direct, e.g., via altered food abundance or predation, both of which impact reproduction or survival, and thus population size; or indirect via intermediary species or circumstances. Many of these proximate causes of insectivorous tropical bird decline likely also operate synergistically, a poorly documented phenomenon. Synergies are potentially extremely important because of their multiplicative nature. Some examples are forest loss and fragmentation interacting with climate change (Laurance et al., 2014; Lawrence and Vandecar, 2015; Nobre et al., 2016; Marengo et al., 2018), and also propelling road-building and overexploitation of wildlife (e.g., Peres, 2001; Benchimol and Peres, 2014).


Insect Declines

One of the most obvious potential direct mechanism of insectivorous bird declines is the decline of their prey. Insect declines are widely documented and reviewed, probably because of their profound ecological importance (Dirzo et al., 2014; Sánchez-Bayo and Wyckhuys, 2019; Cardoso et al., 2020; Montgomery et al., 2020; Tallamy et al., 2020; van Klink et al., 2020; Wagner, 2020; Wagner et al., 2021). These references identify multiple causes of insect decline (including the ultimate cause, human impacts; Figure 1): habitat loss and fragmentation, pollutants associated with agriculture, invasive insect species (e.g., competitors), climate change, overexploitation of some insects, invasive plants that host few herbivores (Tallamy et al., 2020); and coextinction of specialized insects such as parasites on other insects, mutualists such as insect pollinators, coprophages such as dung beetles, and mycophages (fungal feeders; Cardoso et al., 2020). These multiple threats to insects amount to death by a thousand cuts (Wagner et al., 2021)—an apt phrase for insectivorous tropical bird declines as well.

What's most relevant here is whether or not tropical insects are declining, and the evidence to date is equivocal. Some studies support tropical insect declines. Janzen and Hallwachs (2019, 2021) use mostly anecdotal information, but from multiple sources, to conclude that insects are declining alarmingly from seasonal tropical forests in Costa Rica, and attribute these declines to loss of primary forests, agricultural intensification and pesticides, monocultures, and especially climate change. At La Selva Biological Station on the wetter, Caribbean side of Costa Rica, Salcido et al. (2020) document declines of moth caterpillar, and parasitoid wasp and fly species, along with tri-trophic species interactions involving these species. However, scant and locally patchy long-term insect population and diversity data preclude broad, pan-tropical generalizations (van Klink et al., 2020; Wagner, 2020). Wagner et al. (2020) emphasize that insect population dynamics vary regionally (and taxonomically), even considering just tropical microlepidoptera (moths); and note that intact Ecuadorean forests are not encountering declines. These same authors identify the steepest declines in species with food-specialist larvae, large wing-span, small geographic range, poor dispersal, and univoltism (single brood annually); and species associated with grasslands, aridlands, and nutrient-poor habitats (due to nitrogen pollution). Raven and Wagner (2021) make a compelling case for agricultural intensification coupled with climate change as the major causes of insect declines globally to date, which predicts accelerating tropical insect declines given agricultural, and human population trends.

Sekercioglu et al. (2002) failed to find evidence that insect declines caused bird declines, whereas Lister and Garcia (2018, 2019) but see Willig et al., 2019; Schowalter et al., 2021) argued for insect declines causing vertebrate predator declines in Puerto Rico. Wagner (2020) argues that scant evidence is available presently to link bird declines to insect declines. One basis for Wagner's skepticism is that neither bat nor bird declines is as great as predicted by insect declines. Similarly, Vergara et al. (2020) argue that birds and insects are impacted differently and independently by degradation of temperate, austral forests. Thus, bottom-up causes of insectivorous tropical bird declines are plausible, albeit far from certain.

Lost insect substrates and microhabitats may be as important causes of bird declines as insect declines per se (Stratford and Stouffer, 2015; Visco et al., 2015), although the two may be linked as in the case of tropical lianas (Schnitzer et al., 2020). Neotropical insectivorous birds are often substrate specialists, inferred from stereotyped feeding habits linked to morphology and behavior (Sherry, 1990, Supplementary Table 2), and the loss of which could jeopardize a variety of these birds' survival. For example, Michel et al. (2015a) argue that the most plausible explanation for the decline of insectivorous birds from some Central American forests is the local increase of collared peccaries (Pecari tajacu): This study focused on three unrelated insectivorous bird species in multiple Central American sites, and showed that (a) these species foraged preferentially in vine and liana tangles, (b) such viney substrates are more abundant where peccaries are least abundant (including experimental peccary-exclosure plots), and (c) abundant peccaries are associated with reduced abundance of these particular bird species. This liana-substrate hypothesis is reinforced by the variety of insects that frequent vines and lianas (Schnitzer et al., 2020).



Natural Enemies and Trophic Cascades

Some of the most obvious potential direct threats to insectivorous tropical birds are natural enemies like predators and diseases, some of which are addressed below in context of invasive species (section invasive species). Nest predators are important to diverse birds, including tropical birds, and have been discussed repeatedly in the context of indirect results of tropical forest fragmentation (e.g., Young et al., 2008; Spanhove et al., 2009; Newmark and Stanley, 2011; Visco and Sherry, 2015). Predation on adult birds certainly occurs, but its rarity (compared to nest depredation) and difficulty of observation makes it hard to study. Also, climate changes may alter the distributions and relative abundances of different predators, such as ectothermic predators like snakes, which are particularly important predators in Central American studies just cited. Direct human exploitation of insectivorous tropical birds for food, including bushmeat, is probably rare, at least in the Neotropics, because of their generally small size compared to hunted birds such as curassows, guans, trumpeters, parrots and macaws, toucans, and ducks (Peres and Nascimento, 2006).

Predation of a predator, i.e., multiple trophic levels, can result in turn in trophic cascades, which are defined as the indirect impacts of one consumer causing reciprocal changes of populations at multiple lower trophic levels. For example, predators like insectivorous birds benefit plants by controlling the insect herbivores of plants (e.g., Marquis and Whelan, 1994; Greenberg et al., 2000; Van Bael et al., 2003; Maas et al., 2016), i.e., “the enemy of my enemy is my friend.” Ecologists increasingly recognize the strength and pervasiveness of trophic cascades globally, including tropical ones, by documenting the often profound impacts of the loss of top predators, i.e., trophic downgrading (Terborgh et al., 2001; Estes et al., 2011; Terborgh, 2015). For example, Feeley and Terborgh (2008; see also Sherry, 2008) document how the loss of predators on small islands in Lago Guri, Venezuela, created dramatic increases in herbivores that reduced nesting sites available to birds. Another example involves peccaries in Central America limiting feeding habitat for insectivorous birds (see section insect declines). Terborgh (2015) also links these cascades to negative density-dependence, in which a variety of predators disproportionately limit populations of the most frequent prey, thereby contributing to the maintenance of species diversity. The loss or decline of some predators allows many prey populations to increase at the expense of others, and often at the expense of overall biodiversity, which often collapses. The conservation implications of maintaining these trophic cascades, and the evolved species relationships, are emphasized in sections extraordinary sensitivity of insectivorous tropical birds to Anthropocene and need for multiple large tropical reserves.

A special case of such trophic cascades is the Meso-predator Release Hypothesis, in which top predators lost due to overexploitation (over-hunting) or fragmentation of habitats that leave insufficiently large habitat area to maintain the top predators, release their prey populations to increase (Prugh et al., 2009). In the Neotropics, these top predators consist of cats like jaguars (Panthera onca), ocelots (Leopardus pardalis), and margays (Leopardus wiedii); harpy eagles (Harpia harpyja), and large snakes, among others. Declines of top predators from diverse ecosystems for various reasons (e.g., Estes et al., 2011; Dirzo et al., 2014) are expected to contribute to the increased abundance of mesopredators [the prey of the top predators, including a variety of snakes, opossum species, and coatimundi (Nasua narica)], which in turn depredate birds' nests, and occasional adult birds. Robinson and Sherry (2012) found this hypothesis to be plausible, albeit with little empirical support to date in most tropical forests given the large sample sizes required to show a significant effect. Another example involves the bird-eating snake (Pseustes poecilinotus), whose impacts on nesting success of tropical insectivorous understory birds is revealed by fragmentation impacts in Central America (Visco and Sherry, 2015). Terborgh (2015) argues that the top-down impacts of predators can release herbivore populations to become so abundant as to alter vegetation in ways that make it more difficult for birds to forage and conceal nests. Similarly, the decline in apex predators was hypothesized to contribute to the increase in collared peccary populations—mentioned above—that in turn caused the decline of vine tangles necessary for foraging and nesting by some insectivorous tropical birds (Michel et al., 2015a).



Habitat Loss and Fragmentation

The literature on tropical forest habitat loss and fragmentation is daunting, probably in part because this is a major cause of tropical species extirpations and extinctions, particularly for understory, forest interior bird species (Tobias et al., 2013; Powell et al., 2015; Visco et al., 2015). This research includes diverse landscapes. For example, the “arc of deforestation” in southern Amazonia is experiencing expanding agriculture and consequent loss and fragmentation of native forest habitat with important negative impacts on diverse birds (Lees and Peres, 2006, 2008, 2009, 2010; Davidson et al., 2012; Neate-Clegg and Sekercioglu, 2020) and mammals (Palmeirim et al., 2020). Moreover, tropical habitat fragmentation is predicted to accelerate in the next 50 years (Taubert et al., 2018). This Amazonian landscape illustrates how humans are ultimately responsible for habitat loss and resulting fragmentation of native habitat, such as tropical rainforest, primarily via conversion to agriculture.

Habitat loss is widely regarded as the preeminent cause of animal species population declines globally (Betts et al., 2019). Habitat loss almost invariably causes habitat fragmentation, and both engender habitat deterioration, linking all three phenomena. Habitat fragmentation can be further subdivided into reduced habitat patch area, patch isolation, diverse edge effects that themselves interact with the surrounding matrix such as agricultural habitats or secondary growth woodlands, and altered trophic structure. These combined, interrelated, and often synergistic mechanisms comprise the major class of indirect proximate causes of insectivorous tropical bird declines (Gibson et al., 2011). This is a class of mechanisms largely independent of the direct causes of threats like overexploitation of wildlife (Dirzo and Raven, 2003).

Early approaches to habitat loss began with the species-area relationship, a mathematical power function that describes species richness as a function of real island areas as well as isolated or nested subsets of habitat patches (“habitat islands”) (e.g., Desouza et al., 2001). Some tropical forest “islands” fit this species-area relationship for bird species richness (e.g., Visco et al., 2015), but often more is involved than just area effects, such as edge and matrix effects (between forest islands; e.g., Stouffer, 2020). Consideration of habitat loss, and thus area effects, should also recognize the heterogeneity of the tropics, a reality captured to some extent by conservation “hotspots” (e.g., Myers et al., 2000), defined as regions of relatively high species richness, many endemic species, and high human impact. Half these original hotspots are tropical (Laurance et al., 2014), and human pressures on these areas are intense and growing due to disproportionate human population expansion in the tropics. The stakes of habitat loss and deterioration are greatest in these hotspots.

Tropical mountains contribute importantly to environmental heterogeneity and to our understanding of species richness and endemism, and tropical montane birds often exhibit high species turnover with elevation (Jankowski et al., 2010). Tropical mountains thus constitute an additional category of conservation hotspot, namely by concentrating threatened small-range species, including Andean vertebrates (amphibians, birds, and mammals; Jenkins et al., 2013). Although much research on tropical habitat fragmentation focuses on low elevations, habitat loss, deterioration, and fragmentation are also important at higher elevations, and often impact insectivorous birds disproportionately (Restrepo and Gómez, 1998; Renjifo, 1999, 2001; Pattanavibool and Dearden, 2002; Soh et al., 2006; Kumar and O'Donnell, 2007; Colorado and Rodewald, 2015). A related conservation concern is the loss of habitat area at higher elevations associated with climate change and upwardly shifted geographic ranges (see section climate change). Fragmentation at particular elevations can also threaten the elevational movements (e.g., Forero-Medina et al., 2011) and migrations of tropical birds, but insectivorous species generally decrease in relative abundance with elevation (e.g., Blake and Loiselle, 2000). Also, many tropical elevational migrants are frugivorous as well as physiologically sensitive to changing food and weather conditions at higher elevations (Boyle et al., 2010), much as insectivores are sensitive generally.

The sensitivity of tropical insectivorous birds to forest fragmentation is particularly well-documented in the vicinity of Manaus, Brazil, where Tom Lovejoy initiated the Biological Dynamics of Forest Fragments Project (BDFFP). The importance of this project for purposes of the present study is its longevity, experimental nature, and integration of birds—and especially insectivorous birds—with plants and a variety of other components of the biotic and abiotic environment. This study took advantage of researcher-informed logging clear-cuts to produce replicate squares of lowland rainforest of 1, 10, and 100 hectares; and compared them with nearby contiguous (unfragmented) rainforest habitat as control treatment [see Bierregaard et al. (1992), Bierregaard et al. (2001), Stouffer (2020) and Stouffer et al. (2020) for recent reviews of findings most relevant to birds].

The following brief review of the avian BDFFP results emphasizes insectivorous birds. Bird crowding increased initially, particularly in the smallest forest fragments, due to an influx of individuals displaced in the process of logging nearby areas (Stouffer, 2020). Subsequently, bird communities were highly dynamic in all fragments, but particularly in the smallest ones, due largely to non-random extirpations and many recolonizations (Laurance et al., 2011, 2017; Stouffer, 2020; Stouffer et al., 2020), for various reasons including fluctuating climates over the years of the studies. Some of the bird species most susceptible to extirpation were matrix-intolerant, widely ranging species (Laurance et al., 2017); and a variety of insectivores including army ant followers, mixed species flocking species, and solitary and terrestrial species [Laurance et al., 2017; but see Stouffer et al. (2020)]. Stouffer et al. (2020) found terrestrial insectivores to be the least likely to recolonize patches, even after regrowth of the matrix. A variety of forest interior insectivores were rare in remnant forest patches, except occasionally as young birds, indicating the general decline in habitat quality within patches and the area-sensitivity of these birds. With time, regrowth of the matrix between old growth forest patches, especially Cecropia trees, facilitated recolonizations, except by non-forest bird species, and contributed to the community dynamics within patches (Stouffer, 2020). Forest patch edge effects that reduced bird abundance ameliorated over time, likely because of increased secondary growth between patches; and these edge effects were often subtle, probably involving reduced quality foraging opportunities (Stouffer, 2020). There were also particularly strong reductions in bird populations resulting from 50 to 100 m wide strips of cut vegetation, implicating isolation effects on forest interior bird populations. Stouffer et al. (2020) also found that communities within unfragmented forest continued to deteriorate, suggesting directional climate change impacts. Taken together, these studies indicate negative impacts on forest interior birds in particular, resulting from area reductions, isolation of patches, edge effects, and possibly climate change. The BDFFP thus yields many insights, especially about patterns and less about mechanisms, but the impacts of fragmentation may be relatively mild in this study system compared to other areas of Amazonia for a variety of reasons: These include fewer high-disturbance impacts in the surrounding matrix such as fire and road-building, proximity to large forested source areas for recolonizations, absence of cattle pastures in the deforested areas, and rapid revegetation of cut areas reducing the duration of experimental treatments (Barlow et al., 2006).

Sensitivity of tropical insectivorous birds to forest loss and fragmentation is widespread in the Neotropics (Maldonado-Coelho and Marini, 2004; Barlow et al., 2006; Robinson and Sherry, 2012; Tobias et al., 2013; Visco et al., 2015; Sekercioglu et al., 2019) and Paleotropics (Lens et al., 2002; Bregman et al., 2014; Powell et al., 2015; Martínez et al., 2021). This literature repeatedly emphasizes the relatively great vulnerability of tropical insectivorous birds, and adds perspective to the BDFFP results. For example, ant-following birds are generally relatively sensitive to habitat fragmentation, indicated by the loss of some or most of these ant-following birds, often in concert with declines or changes in behavior of the army ants [or driver ants in Africa; Stouffer and Bierregaard, 1995; Laurance et al., 2002; Maldonado-Coelho and Marini, 2004; Stouffer et al., 2006; Kumar and O'Donnell, 2007; Peters et al., 2008; Peters and Okalo, 2009; Bregman et al., 2014; reviewed by Martínez et al. (2021)]. Ant-following bird declines imply food declines as pivotal, because the ants make prey conspicuously available to the birds, but other factors include poor dispersal by these birds (patch isolation), large home-ranges, and edge effects on habitat quality (Visco et al., 2015). Additionally, both the army ants and ant-following birds are sensitive to changing rainfall and temperatures, making these birds vulnerable to climate change threats (Martínez et al., 2021).

Poor dispersal, and consequent isolation of tropical insectivorous bird populations within remnant forest fragments, often accompanied by declines, are a common theme (e.g., Sekercioglu et al., 2002; Stratford and Robinson, 2005; Moore et al., 2008; Woltmann et al., 2012a,b; Pavlacky et al., 2015; Visco et al., 2015; Sherry et al., 2020; Stouffer, 2020), emphasizing the importance of the BCH. Isolation of these birds within forest fragments should subject them to the well-documented small population threats, namely loss of genetic variability from genetic drift and inbreeding, and demographic stochasticity (Figure 1), although relatively few studies have documented this [but see Brown et al. (2004) and Schlaepfer et al. (2018)]. Woltmann et al. (2012a) showed significant, relatively strong genetic differentiation of an understory Neotropical insectivore population within the most isolated patch in the study, a small (80 ha) patch isolated by banana plantations for only about 60 years. A number of other studies have shown genetic differentiation of populations separated by large Neotropical rivers, if not always in the river headwaters (e.g., Weir et al., 2015). Experimental studies support the inability or reluctance of many tropical forest interior birds to cross even small breaks in forest (Robinson and Sherry, 2012). A revealing exception that helps prove the rule of poor dispersal in these birds comes from species endemic to white sands soils, which constitute natural “islands” of often low nutrient content and stunted vegetation surrounded by more lush rainforest (Capurucho et al., 2020): Birds inhabiting these long-isolated habitat patches tend to be endemic to it, and to disperse well, a trait necessitated by the long-term, natural isolation of these habitat patches (see section natural enemies and trophic cascades below).

A last potential proximal impact of tropical forest fragmentation is physiological sensitivity to changing microclimatic conditions within fragments. This should be particularly important for resident, tropical forest interior species (Stratford and Robinson, 2005; Robinson and Sherry, 2012; Betts et al., 2019) and understory species (Powell et al., 2015; Stratford and Stouffer, 2015). These microhabitats are considered relatively buffered year-round by the forest canopy, and are minimally seasonal, in lowland, low latitude forests (Kricher, 2011; Sheldon, 2019). Any such buffering of the abiotic (temperatures, humidity, rainfall, and windiness) and biotic (habitat, prey, natural enemies) environment should facilitate the persistence of specialized physiologies directly, and ecologies indirectly, both over animals' lifetimes and evolutionarily (Betts et al., 2019). As Janzen (1967) first argued in a genetic context, lower latitude animals should be poorly adapted to disperse, e.g., through a mountain pass with cool temperatures, because of weak adaptation to such variable conditions [reviewed by Sheldon (2019)]. Accordingly, tropical species should experience greater genetic differentiation across mountain ranges.

Applying this argument to fragmented landscapes, species lacking physiological flexibility could suffer demographically when conditions fluctuate in a fragment, particularly when dispersal is precluded (e.g., Karr and Freemark, 1983). Fragments could exacerbate this effect due to edge effects, which can extend up to 400 m inside a habitat patch from the edge (Laurance et al., 2002; Betts et al., 2019). Edge effects typically warm and desiccate forest habitat, and decrease the forest flammability threshold (Barlow et al., 2006), potentially enough to stress birds [Visco et al., 2015; but see Pollock et al. (2015)]. Despite these predictions about potential physiological sensitivity of tropical birds, recent empirical studies of tropical birds fail to support this physiological sensitivity (e.g., Khaliq et al., 2014; Freeman, 2016; Londoño et al., 2017; Pollock et al., 2020), making it more likely that ecological changes, such as food and predators, associated with forest fragmentation will impact birds sooner than physiological.



Agriculture

Conversion of tropical rainforest to agriculture including pastures, and thus increasing forest fragmentation, constitutes one of the most important threats to tropical insectivorous birds, as discussed above (Figure 1). Some agricultural land uses such as selectively logged forests and some agro-forestry and mixed cropping protect some biodiversity, and mitigate against climate change (e.g., Porro et al., 2012; Buechley et al., 2015; see section climate change), but most agriculture has strongly negative impacts that are increasing, particularly where the human population is growing most in sub-Saharan Africa and Latin America (Sekercioglu, 2012; Laurance et al., 2014; Raven and Wagner, 2021). Agriculture is also particularly important regionally in the southeastern portion of Amazonia (Davidson et al., 2012). Agriculture threatens not just tropical forests, but also wetlands, savannas, and seasonal woodlands like Brazil's Pantanal and Cerrado regions. All forms of agriculture degrade biodiversity, particularly specialized forest interior birds including insectivores (Laurance et al., 2014; Neate-Clegg and Sekercioglu, 2020). The worst agricultural land uses from this perspective, are monocultures, including plantations of Eucalyptus (Barros et al., 2019; Neate-Clegg and Sekercioglu, 2020), rubber, oil palm (Lees et al., 2015; Neate-Clegg and Sekercioglu, 2020), sugar cane, and soybeans. Agricultural expansion is exacerbated by new technological advances, such as tropically adapted soybeans that are in especially high demand by humans (Laurance et al., 2014). Pesticide-dependent crops like pineapples and bananas are insidious to biodiversity due to pesticide drift that can kill non-target arthropods. Many agricultural threats to biodiversity interact with other threats. High demand for inexpensive beef, particularly for fast food restaurants in developed countries, fueled both high rates of deforestation contributing to both biological deserts (Neate-Clegg and Sekercioglu, 2020) and emissions of methane, a far more potent greenhouse gas than CO2. Agricultural expansion and roadbuilding typically advance in concert, and both in turn foster direct exploitation of wildlife, e.g., bushmeat, as humans expand into formerly forested areas (Laurance et al., 2014).

Moreover, intensification of crop production that could minimize the need for new agricultural lands depends on inexpensive energy, which will need to become less carbon-dependent in order to reduce greenhouse gas emissions, and thus not exacerbate climate change impacts (Raven and Wagner, 2021). Climate change in turn threatens to reduce crop production locally (Laurance et al., 2014), creating demand for more deforestation, contributing to a positive feedback loop for habitat loss.



Fire

Fire contributes significantly to habitat loss and modification impacting Neotropical birds (Barlow et al., 2006), and understory insectivores in Sumatra, which are replaced by open field species (Adeney et al., 2006). Fire also impacts tropical rainforest birds indirectly by influencing the habitat matrix between fragments: Cecropia secondary growth, which rapidly formed woodlands with continuous canopy, facilitated bird movement between forest patches, whereas Vismia secondary growth, which dominated previously burned pasture areas did not facilitate such movement as much (Stouffer, 2020). Neotropical fires have diverse causes and consequences (Barlow et al., 2020), but most are anthropogenic (Cochrane and Barber, 2009). Fires are exacerbated by multiple factors, including road-building in both unprotected and protected areas (particularly in close proximity to roads; Adeney et al., 2009; Silvestrini et al., 2011; Laurance et al., 2014), increased forest fragmentation often associated with increased roads and pastures, and the warming and drying that result locally from climate change (Davidson et al., 2012; Laurance et al., 2014; Barlow et al., 2020) and El Niño-Southern Oscillation (ENSO) and other droughts that are potentially increasing in intensity with climate change (Laurance and Williamson, 2001; Cochrane and Barber, 2009; Davidson et al., 2012). Amazonian fires are particularly forest habitat-destructive because of positive feedbacks in the susceptibility to fire and fire intensity with recurrence; and fires' importance is often underestimated because of misclassification of satellite imagery as deforested land that was actually burned (Cochrane et al., 1999). Besides short-term habitat destruction involving many positive feedbacks of all the foregoing factors (Laurance and Williamson, 2001; Davidson et al., 2012), fires convert biomass carbon to CO2, accelerating the atmospheric accumulation of greenhouse gases (Ometto et al., 2011), which thereby contributes to another positive climate change feedback loop.

Fire is also important to the evolution and ecology of diverse tropical ecosystems other than rainforests. Specifically, fire is critical to understand the plant forms and distinctive species composition of a variety of lowland environments globally that are more seasonal than equatorial rainforests. In the Neotropics these range from grasslands to savannas, seasonally dry and scrub woodlands, and even deserts; and include pine savannas (in Central America and the Caribbean), and the Llanos, Pantanal, Campos Cerrados, and Caatinga. These diverse ecosystems are shaped by complex interactions of quantity and seasonality of rainfall, fire, soil properties, herbivory, and humans both prehistorically and presently [reviewed by Kricher (2011)]. The avifaunas of tropical fire-maintained ecosystems are as distinctive as their plants (e.g., Prado and Gibbs, 1993; da Silva and Bates, 2002; Marini et al., 2009; Franchin et al., 2017; Norambuena and Van Els, 2020). Threats to avifaunas in these areas, especially Cerrado ecosystems—comprising a conservation savanna hotspot (Franchin et al., 2017)—include conversion to agriculture, especially soybeans (Kricher, 2011), and Climate change (Marini et al., 2009).



Climate Change

Climate change is likely the single most potent threat to the future of tropical insectivorous birds, as indicated by four different arrows connecting it to all the other categories of environmental degradation (Figure 1). Climate change is part of the ultimate, Anthropocene threats to overall biodiversity, as well as causing a variety of proximate changes in temperature and rainfall that exacerbate threats to biodiversity from agriculture, reductions in arthropod abundance, and habitat loss and deterioration from multiple mechanisms including fire. Climate change will interact with habitat fragmentation differently in different landscapes, leading to variable and difficult-to-predict community trajectories (Davidson et al., 2012), and likely leading to many more extinctions than attributable to either factor alone (Forero-Medina et al., 2011; Laurance et al., 2017). Interactions of local (fragment size, shape, edge, and matrix) and larger scale phenomena (directional climate change, rare meteorological events like droughts, intense rain, and windstorms) are all a part of climate change impacts. Recent long-term studies have detected directional changes to bird communities even in non-fragmented “control” areas in Brazil (Stouffer et al., 2020) and Ecuador (Blake and Loiselle, 2015). Stouffer et al. provide evidence for declines in ground-level leaftossers (genus Sclerurus) and upward-strikers feeding on leaf undersides, implicating changing substrate availability in tropical insectivores. Brawn et al. (2017) point to increasing dry season length in Panama as an important cause of demographic problems in rainforest birds, also independent of habitat loss. Tropical species are also particularly vulnerable to climate change due to their restricted geographic options, for example in the Andes Mountains (Colwell et al., 2008; Sekercioglu et al., 2012; Jenkins et al., 2013; Freeman et al., 2018), but the foregoing examples illustrate that far more is afoot than simply altered climate envelopes shrinking—e.g., lowland biotic attrition (Colwell et al., 2008)—or shifting off of mountain tops. Sekercioglu et al. (2012) projected that as many as 100–500 bird species may go extinct for every 1°C increase in temperature, and most of these will be tropical birds. Most of the few studies addressing rates of range shifts in tropical mountains find that species range shifts are unlikely to keep up with climate shifts (Sheldon, 2019). We have much to learn about the mechanisms of directional climate threats, necessitating coordinated, long-term studies of climate change impacts on tropical montane forest birds (Neate-Clegg et al., 2018, 2021).

These just mentioned studies of otherwise undisturbed tropical rainforest are the climate-change canary in the coal mine. Climate change threatens to overwhelm all the other mechanisms of decline in these birds. Increased temperatures associated with climate change may be greatest at high latitudes, but the diverse manifestations of climate change profoundly threaten tropical ecosystems where so many species are vulnerable, and in some cases highly sensitive. These threats include increasingly frequent and extended (“100-year”) droughts, altered rainfall including heavy downpours in unexpected areas, and even seemingly miniscule temperature increases that can reduce tree growth (Clark et al., 2003, 2010; Davidson et al., 2012; Wagner et al., 2014).



Invasive Species

Invasive species are another factor causing insectivorous tropical bird declines (Sodhi et al., 2004; Dayer et al., 2020). Invasive bird species can threaten other birds, and create a variety of indirect effects (Sodhi et al., 2004, 2007a). Invasive mammals such as rats and cats are especially destructive, particularly on islands (Harper and Bunbury, 2015; Dayer et al., 2020). Three species of invasive rats, and particularly black rats (Rattus rattus), have caused documented declines and/or extinctions, including a number of insectivorous bird species, on a variety of tropical islands globally; and have likely caused undetected avian extinctions due to how much earlier these rats reached tropical islands than humans could document bird species there (Harper and Bunbury, 2015).

Invasive grass species that accumulate biomass contribute to the intensity and frequency of habitat-destructive fires (Sodhi et al., 2007a, 2011), which are likely contributing to Neotropical forest loss (see Section fire). For example, invasive Melinis minutiflora grass is associated with greater fire intensity and gallery forest loss in Brazilian Cerrado (Hoffmann et al., 2004), reducing habitat for insect herbivores and birds. A variety of invasive pathogens threaten birds, as illustrated by West Nile Virus (e.g., Pinto et al., 2008; George et al., 2015), and avian malaria that has devastated Hawaiian endemic birds (e.g., Samuel et al., 2015). Neotropical birds also suffer from various diseases (Pinto et al., 2008; Sehgal, 2010; Blake and Loiselle, 2015).




CONSERVATION IMPLICATIONS AND RECOMMENDATIONS

The fundamental argument of this review is that the better we understand the diverse threats to biodiversity, focusing here on tropical insectivorous birds, the better we can protect it. Tropical insectivorous birds are highly sensitive to human activities, i.e., to the Anthropocene, as emphasized by the BCH, but understanding the causes, and their relative importance better is challenging considering their variety and many indirect pathways (Figure 1). The variety of mechanisms and their interactions (Figure 1) suggests seven conservation implications.


Extraordinary Sensitivity of Insectivorous Tropical Birds to Anthropocene

First, multiple causes of this sensitivity are important, as summarized in Figure 1, that are complimentary, potentially synergistic, and in many cases interrelated—a perfect storm of threats. Examples of complimentary threats include forest habitat loss plus fragmentation, intensification of agriculture including the use of pesticides, potential declines in insect prey at least locally as documented in Costa Rica, loss of foraging substrates such as lianas and habitat patch edges, meso-predator release, and climate change. Every one of these proximate mechanisms is likely important in particular circumstances, and these proximate mechanisms generally apply to bats, which, like insectivorous birds, peak in species richness in the tropics (Frick et al., 2019). Added to these proximate threats are the extraordinarily poor dispersal ability of many tropical forest interior insectivorous birds and their specialized, stereotyped foraging behaviors and physiological sensitivity to altered conditions, explained by the BCH (Sherry et al., 2020). A potential example of synergistic threats, best understood in this evolutionary context, is the isolation of suitable forest interior habitat in fragmented landscapes—essentially habitat jails to species incapable of dispersing—coupled with pesticide drift from the growing intensive agricultural activities in the habitat matrix, including crops such as bananas, pineapples, and oil palms. That said, we are far from understanding which tropical insectivorous birds are declining, where, and why. For example, far less is known about montane and seasonal tropical forests than the wet tropics. We also need to better understand the natural history of tropical communities, including the arthropods, the birds that feed on them (and their diets). Monitoring these birds and insects, and linking real ecological trends with potential direct and indirect causes will be critical to prescribe specific remedies. Wagner et al. (2021) emphasize the need for standardized long-term monitoring of insects, particularly in the tropics, which is challenging due to funding shortages, plus hyperdiversity of tropical insects coupled with a large proportion of undescribed species—probably at least 85% of all tropical insects (Raven and Wagner, 2021). A critical next step in tropical insectivorous bird conservation is prioritization of the threats, which will be facilitated by the relatively low proportion (<4%) of “data deficient” bird species globally according to International Union for Conservation of Nature (IUCN) data—see Frick et al. (2019) for an example with bats.



Ultimate vs. Proximate Threats

Second, the distinction of ultimate and proximate threats merits increased attention. The proximate direct threats are relatively straightforward to detect, and in some cases to address. For example, trophic downgrading of tropical forests due to loss of top predators like jaguars and harpy eagles can be addressed in theory with large reserves (see section need for multiple large tropical reserves). Poor dispersal by many tropical forest interior insectivorous birds is amenable to mitigation via corridors between viable habitat patches (Lees and Peres, 2008, 2009), minimizing edge effects like fire and threats within the surrounding matrix, establishing larger reserves without dispersal barriers, restoring native rainforest habitat, and switching to organic agriculture. These are all possible, if economically and politically challenging. The direct threat of declining tropical insects will be more challenging to address given the growing impacts of accelerating agricultural intensification plus climate change (Raven and Wagner, 2021).

The first of the two ultimate threats, the totality of Anthropocene human global change impacts, particularly climate change and loss of biodiversity, is extremely challenging by implicating the need to change entrenched political and economic activities. Changing these will be strongly resisted, necessitating, for example, reducing the human population and our global carbon footprint. This is a “wicked problem” (O'Brien, 2017) involving diverse, entrenched human institutions.

Indirect threats like trophic cascades, and synergistic threats will be particularly difficult to address because these are arguably challenging to document. These mechanisms warrant particular research focus, such as investigating predators and nest predators of birds, the mesopredator-release hypothesis, and the role of predators generally maintaining diversity in tropical terrestrial ecosystems (Robinson and Sherry, 2012; Terborgh, 2015).



Threats Arising From Life-Histories and Rarity

Third, tropical insectivorous birds' life-histories (Stratford and Robinson, 2005; Betts et al., 2019; Sherry et al., 2020) provide important risk factors that amplify vulnerability to the Anthropocene. These life-history traits also unify a variety of what have often been treated as independent threats: poor dispersal ability, stereotyped foraging (Sherry, 1990), and relative rarity (Figure 1). Consequences of poor dispersal and stereotyped foraging specialization are emphasized above by the BCH (section species life-histories). An important future need is to identify more precisely which species disperse poorly, and why, including detailed physiological constraints to flight so as to help establish mechanisms (Robinson et al., 2021).

Rarity of many insectivorous tropical birds emphasizes this third implication for conservation, and itself has multiple causes. Low population densities of Neotropical, forest-dependent birds are often associated with relatively large home ranges (Terborgh et al., 1990; Stratford and Robinson, 2005) probably in part due to sparse effective food availability, and to the higher species richness in Amazonian sites—closer to the Equator—compared to Panamanian (Robinson et al., 2000). Tropical latitudes may appear lush with nectar, fruit, seeds, and diverse kinds of animal protein—especially of insects—due to reduced temperature seasonality, and even reduced rainfall seasonality close to the equator, and thus year-round availability of these resources in the least seasonal locations. However, birds share these resources, and thus compete diffusely with diverse other birds, and other organisms. Insectivorous birds compete with hundreds of other insectivorous birds for insects, as well as with diverse tropical bats, rodents, small primates, amphibians, snakes, other insects, and even plants (Sherry et al., 2020). Moreover, tropical insectivorous birds comprise a relatively reduced biomass because the largest-bodied species tend to be granivores and frugivores, emphasizing the challenge of resource scarcity for insectivorous bird species (W.D. Robinson, pers. comm.).

Insectivorous tropical bird rarity in South America is exacerbated by low soil fertility in high-precipitation, ancient, and thus highly weathered soils, such as found in the Guiana Shield and parts of Central and Eastern Amazonia. Such soils yield relatively low primary productivity, which limits the biomass available to higher trophic levels (Laurance et al., 1999, 2017) and limits plant productivity overall (Huston, 2012). Patchy edaphic conditions also contribute to low-density populations of tropical species (Laurance et al., 2011, 2017). White sand soils are relatively extreme in terms of low soil fertility and low bird diversity.

Tropical insectivorous birds' life-histories also help explain the rarity that makes these birds vulnerable to the Anthropocene (Pavlacky et al., 2015). A variety of these birds are adapted to a restricted set of arthropod taxa and/or prey substrates (Supplementary Table 2). Many arthropod prey are well-defended against visually hunting insectivores, such as most birds, making these prey effectively unavailable to most birds (Sherry et al., 2020). Many of these substrates are patchily available. For example, Checker-throated Antwrens (Epinecrophylla fulviventris), Dot-winged Antwrens (Microrhopias quixensis), and Ruddy-tailed Flycatchers (Terenotriccus erythrurus) depend on lianas and vines to concentrate the arthropod foods on which these birds feed (Michel et al., 2015a; Schnitzer et al., 2020), and potentially for safe nesting sites from snakes and other nest predators. In old-growth tropical forests lianas and vines are limited to disturbances like old treefall gaps, making this microhabitat temporally and spatially patchy. Another example: Some Army-ant-following birds, which compete intensely for food at the foraging front of the ants, have large, albeit overlapping home ranges, linked to the challenges of finding enough food at enough ant swarms (e.g., Sherry, 2016). Rufous-tailed Jacamars (Galbula fulvicauda), which feed on many other insects than butterflies, but are particularly reliant on them as relatively large prey, feed on just the palatable butterfly species, a fraction of the total (Pinheiro and Campos, 2019). The rarity of these, and many other groups of insectivorous birds exacerbates the impacts of population isolation resulting from habitat fragmentation, and that contribute to demographic and genetic bottlenecks well-known to threaten small, isolated populations (e.g., Westemeier et al., 1998; Woltmann et al., 2012a,b).



Tropical Heterogeneity

Fourth, tropical communities appear to differ considerably both within and among continents. South America probably accumulated greater species richness than Paleotropical and Australian tropical regions because of its relatively long history as a tropical landmass (Betts et al., 2019), its large area, and its many mountains—especially the Andes Mountains—and rivers, including tributaries to the Amazon, all of which likely contributed to speciation rates exceeding extinction rates long enough to allow the net accumulation of insectivorous bird clades (Sherry et al., 2020). Tropical regions on other continents have fewer species per unit area, and as a result may have fewer specialists with the life history traits that make Neotropical insectivorous birds so sensitive to human impacts (Figure 1). Thus, history and geography matter. In the extreme, small and isolated oceanic islands at tropical latitudes have very few species, that are extraordinary generalists, as illustrated by the Cocos Finch of Costa Rica (Werner and Sherry, 1987; Sherry, 2016). Species in different regions should be differentially sensitive to many of the threats to biodiversity depicted in Figure 1. Dispersal abilities, degree of evolutionary specialization, physiological traits, extent of migration vs. residency, and other traits differ considerably within and among continents, and should caution us against simplistic comparisons involving species richness. Much of the research cited in the present review comes from the lowland wet tropics, implicating far more research needed in seasonal, drier, and higher elevation tropical regions (Sheldon, 2019).



Expanding Understanding of Biodiversity

Fifth, an implication of including the ultimate evolutionary threats to species, as illustrated by insectivorous tropical birds, is the need to broaden the definition of biodiversity, a pivotal concept in conservation biology. A typical definition of biodiversity is “the complete range of species, biological communities, and their ecosystem interaction and genetic variation within species” (Sher and Primack, 2019). The inclusion of biological communities in this definition, and implicit ecological species interactions, emphasize ecological, and too infrequently evolutionary species interactions [but see Jarzyna and Jetz (2016) and Jarzyna and Jetz (2017)]. The present review reinforces the need to better incorporate evolutionary time, evolutionary species interactions like enhancement, genetic distinctiveness, and related species traits that impact vulnerability to Anthropocene threats.



Need for Multiple Large Tropical Reserves

Sixth, it is imperative to establish multiple, large reserves in the tropics, not a novel recommendation. This follows from the species-area relationship, in which larger areas (whether parts of reserves or of unfragmented landscapes) tend to contain more species (e.g., Brook et al., 2003). The multiple, interconnected proximate and ultimate threats to insectivorous tropical birds (Figure 1) recognized in the present study also emphasize the need for large reserves: The threats emphasized here include large home ranges and rarity of many species, patchy distributions, low primary productivity (and resources) in areas with infertile soils (and high elevations), specialization on rare arthropods or feeding substrates, weak bird dispersal, and small geographic ranges particularly in Neotropical mountains. Large reserves also minimize edge effects that threaten tropical species in particular (Betts et al., 2019), and protect against forest-destructive fires (Cochrane and Barber, 2009). Reserves must also be comprised of intact ecosystems like primary forest (e.g., Renjifo, 1999; Gibson et al., 2011; Watson et al., 2018), which provide the ecological conditions where organisms evolved, and where both top-down (trophic cascades) and bottom-up (prey base) ecological relationships are maintained intact.

Large reserves may not by themselves protect species, given projected climate changes that will necessitate topographic complexity that encompasses climate refugia (Blake and Loiselle, 2015; Brawn et al., 2017; Raven and Wagner, 2021). Large reserves, particularly indigenous and limited-human-impact ones, also minimize tropical moist forest-destructive fires that are associated with roads, fragmentation, agriculture, and other human impacts (Adeney et al., 2009; Cochrane and Barber, 2009). Directional changes in species abundances and species richness, even in relatively non-fragmented landscapes, indicate the critical need for systematic monitoring, especially in large tropical study areas (Robinson and Curtis, 2020). Large reserves protect the most biologically diverse terrestrial environments on the planet, diverse human cultures, and potential carbon sinks to buy humans time to address climate change (Ometto et al., 2011).



Importance of Species Values

A seventh and final conservation implication of the diverse proximate and ultimate threats to insectivorous tropical birds derives from their values. Values are necessary for conservation action by prioritizing and protecting biodiversity. The kinds and strengths of values humans associate with biodiversity cut both ways: They allow the degradation of nature, and all the threats to insectivorous tropical species reviewed in this paper, which is why the Anthropocene impacts are stressed here as one ultimate cause of the threats. Values also link to human culture (Figure 2), and thus provide the information that can inform societies to transform themselves enough to protect biodiversity (Johnson and Hackett, 2016). Better understanding of these values can fuel hope, which motivates increased conservation action (O'Brien, 2010).

The most straightforward values to understand, and probably best studied, are utilitarian or instrumental, i.e., those important to humans (Figure 2). Of these, ecosystem services are relatively well-studied, including those provided by tropical birds (Michel et al., 2020). Although much remains to be learned about insectivorous birds' ecosystem services, a conspicuous one is regulatory, via pest control. Insectivorous birds annually consume an estimated 400–500 million metric tons of prey globally, 75% of which involves forest-based birds, especially during the nesting season when demand for protein food to feed nestlings is greatest (Nyffeler et al., 2018). Moreover, tropical forests account for almost half (48.7%) of this consumption, due to the relatively high diversity of birds and large area of tropical forests globally, and a substantial proportion of this consumption targets herbivorous insects. By such consumption tropical birds benefit plants via trophic cascades (section species life-histories). For example, tropical vertebrates reduced abundance of predatory and herbivorous vertebrates by 38 and 39%, respectively, reducing the damage to plants by 40% [Mooney et al., 2010; cited by Powell et al. (2015)]. Insectivorous tropical birds consume enough herbivorous arthropods to favor particular plants via trophic cascades (Michel et al., 2014, 2015b). Investment by tropical plants in defenses against herbivores are substantial, reinforcing humans' appreciation for herbivores' role evolutionarily shaping plant speciation and coexistence patterns, and likely tropical plant communities, exemplified by Becerra (2007) for Bursera (Burseraceae); Kursar et al. (2009), Endara et al. (2017), and Coley and Kursar (2014) for Inga (Fabaceae); Fine et al. (2013) for Protium (Proteaceae); and Sedio et al. (2018) for Psychotria (Rubiaceae). Tropical insectivorous birds benefit humans directly as consumers of agricultural pests, exemplified by coffee (Johnson et al., 2009; Karp et al., 2013; Sherry et al., 2016).

Tropical birds also provide cultural services, in support of education and ecotourism, that provide substantial economic value for many tropical countries. A variety of insectivorous tropical birds are both charismatic (e.g., jacamars, some tanagers) and rare, both of which attract eco-tourists and their economic assets. The impending extirpation and extinction of tropical insectivorous bird species will deprive humanity of all their values, not to mention the possibility to understand how the most species-diverse tropical communities on the planet arose, emphasizing these birds' educational value: “The simplification of habitats by humans will be more devastating in the tropics than in the temperate zone because biotic interactions have shaped a behavioral and morphological diversity in tropical birds that is far richer than that found in temperate zone birds. Biotic interactions produce complex evolutionary results of the sort most interesting to behavioral ecologists” (Stutchbury and Morton, 2001, p. 130). Janzen and Hallwachs (2021) describe BioAlfa, a Cost Rican bioliteracy program, in the context of insects, but the same applies to birds: This exemplifies the kind of social paradigm shift necessary to protect biodiversity.

A fundamental tenet of Conservation Biology is species' existence value (Johnson and Hackett, 2016; Picolo, 2017; Prendergast, 2020). This value derives from evolutionary history, an emphasis in the present review. Better understanding of the long evolutionary history of many tropical birds, and thus their enhanced intrinsic value, will inform us of fundamental questions about the origins of biodiversity, and how profoundly human global change threatens it (Figure 2). To the extent that Neotropical insectivorous birds are highly specialized evolutionarily (Sherry et al., 2020), they are irreplaceable, each species adapted to its particular environment, a survivor in some cases of tens of millions of years of history and intense tropical species interactions. Awareness of the antiquity and unique evolutionary specializations of these birds will hopefully enhance their value in the same way that human cultural artifacts often acquire value with age and uniqueness.

Moreover, the very evolutionary specializations of many tropical insectivorous bird species inform us extraordinarily about the functions of their adaptations: Foraging specialization clarifies the nature of form-function relationships, e.g., to a particular prey type or substrate, which is less obvious in generalist species. Evolutionary antiquities, including relict species and “living fossils” likely also contain distinctive genomes, informative and potentially useful in themselves. We cannot easily “re-evolve” extinct species by way of restoring habitats, because the “habitat” of these species for tens of millions of years is often comprised of all the other species with which these insectivorous birds co-evolved, including their competitors, prey, and diverse feeding substrates (Sherry et al., 2020).

The combination of the vulnerability of tropical insectivorous birds to multiple Anthropocene threats coupled with their arguably incalculable—and at present inestimable—value emphasize the urgency of effective conservation action. Tropical deforestation rates are presently increasing, particularly in Brazil (https://blog.globalforestwatch.org/data-and-research/global-tree-cover-loss-data-2020/), and many threats discussed in this paper are also increasing, or are likely to increase in the future, given increased tropical forest loss, human agriculture necessitated by the growing human population, and myriad climate-related threats. Keeping Earth's average temperature below 1.5°C, so as to avoid massively increased climate and related ecosystem disruptions, will require nearly halving humans' carbon emissions from 2010 levels by the year 2030, less than a decade hence (IPCC, 2018).




SUMMARY AND CONCLUSIONS

Tropical insectivorous birds, particularly those adapted to forest interior environments, are widely recognized as disproportionately sensitive to diverse human Anthropocene activities. I have argued that these declines should no longer surprise us, considering the number of both ultimate and proximate threats, both direct and indirect, and the growing intensity of many of these. Ultimate mechanisms include both the human dimension—that has thrust us into the Anthropocene—and the more subtle evolutionary history that has predisposed these tropical insectivorous birds to be extraordinarily vulnerable to the Anthropocene threats. Proximate mechanisms include declining insect populations, altered trophic structure, loss and fragmentation of tropical forest habitats, and climate change. We know enough about tropical insectivorous birds, and the stakes of protecting them, to warrant immediate strong conservation actions. Protecting these birds is important because of their intrinsic value as well as their strong impacts on plants via herbivorous insects, including economically important plants.

The threats to tropical insectivorous birds are daunting, and require fundamental changes in how humans understand and interact with the biosphere (Figure 2). Understanding the multiple, interacting mechanisms of decline in these animals, both the ultimate and proximate evolutionary mechanisms, is an important advance. A thorough, prioritized set of recommendations is beyond the scope of this paper, but the diversity and interconnectedness of threats identify seven conservation lessons and recommendations.

Understanding the mechanisms of insectivorous tropical birds' declines is necessary, but not sufficient to protect their extraordinary biodiversity and species interactions. The necessary conservation actions will require intense effort and strong collaboration with social scientists and the instigators of cultural change. Communicating the uniqueness and values of insectivorous birds and their ecosystems is needed at every scale, from local communities and schools to national and international decision makers. We need more and better storytellers, to help the scientific community communicate the stakes of protecting these organisms, along with their extraordinary history and resulting sensitivity to diverse human impacts.
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Artificial wetlands such as coastal saltpans have replaced a number of coastal natural habitats worldwide and may have accommodated specific waterbird populations in the East Asian–Australasian Flyway (EAAF). The role of saltpans in the EAAF as foraging grounds for shorebirds is widely recognized, although their role as breeding grounds for waterbirds is very limited and contradictory. The Nanpu saltpans in northern Bohai Bay, China, are one of the largest saltpan complexes in the world. In this study, we monitored the nesting success (852 nests) of pied avocets (Recurvirostra avosetta) during three breeding seasons (2015, 2016, and 2018) in the Nanpu saltpans. The nest daily survival rate (DSR) was 0.970; hence, nest survival over the 27 exposure days was 44%. The apparent nest success was 51%. Surprisingly, 55% of nests failed during the laying period. Flooding and nest abandonment were the main causes of nest failure during both the laying and incubation periods. We found a strong positive relationship between the DSR and nest age, with nests that approached hatching having a greater probability of survival than freshly started nests. We also found a strong negative relationship between the DSR and precipitation, with the highest DSR observed for nests that experienced no precipitation. The DSR decreased over the course of the 71-days nesting season and followed a linear trend. The DSR was also density dependent and decreased slightly when nests were denser. A literature review showed that nest survival in the Nanpu saltpans was average compared with that of other studies and that nest success in artificial wetlands was significantly higher than that in natural wetlands or both habitats. Nevertheless, nest success decreased with the study date, suggesting that that breeding conditions for the pied avocet are worsening with time. The loss of saltpans could negatively affect the population of avocets and other ground-nesting waterbird species; therefore, conservation actions and research efforts should be strengthened to understand and conserve these functional wetlands for waterbirds.
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INTRODUCTION

Human-induced habitat transformation has deeply changed ecosystems and is considered a cause of global biodiversity losses (Vitousek et al., 1997; Worm et al., 2006; Burns et al., 2016). Coastal areas account for only 4% of Earth’s land area but host 40% of the world’s human population (UNEP, 2006), which has caused and continues to cause declines in coastal wetlands worldwide (Lotze et al., 2005; Cloern et al., 2016). This large scale coastal wetland loss has been identified as a key driver of the decline in waterbirds, one of the many faunal groups that depend on wetlands for survival (Kirby et al., 2008). Asia exemplifies this alarming situation with the loss of 65% tidal flats over the past five decades in the Yellow Sea, one of the most important stopover sites of the East Asia–Australia Flyway (EAAF) for waterbirds (Murray et al., 2014); this loss has caused the EAAF to be one of the most threatened flyways in the world (Kirby et al., 2008; Studds et al., 2017).

Anthropogenic wetlands such as coastal saltpans could provide alternative coastal habitats for waterbirds in the EAAF (Murray et al., 2014; Lei et al., 2018; Jackson et al., 2020). The importance of coastal saltpans for waterbirds as feeding and roosting habitats in the EAAF and other flyways is increasingly recognized (Takekawa et al., 2001; Sripanomyom et al., 2011; Green et al., 2015; Lei et al., 2018; Jackson et al., 2020); however, data on the role of coastal saltpans as breeding habitats for waterbirds in this flyway are very limited and contradictory (Que et al., 2015; Wu et al., 2020). Research on Kentish plover (Charadrius lexandrinus) breeding in saltpans located in the EAAF showed that its nest survival was among the lowest reported for this species, and human disturbance was the main cause of nest failure (Que et al., 2015). Surprisingly, gull-billed tern (Gelochelidon nilotica) breeding in these saltpans had higher nest survival than previously published estimates from other regions (Wu et al., 2020). The relative strength of the factors shaping breeding success for ground-nesting waterbirds will vary according to the geographical position of saltpans on the flyways. For example, similar to other geographic regions, large rainfall events that cause flooding during the breeding season could be a major source of nest failure in Asian saltpans. However, rainfall is not a factor for nest failure among waterbird breeding in Mediterranean saltpans of southern Europe (Rocha et al., 2016). The limited current knowledge about the potential value of coastal saltpans for waterbird breeding populations using the EAAF indicates the need for studies that aim to better understand this potential value.

In this study, we assessed the breeding success of the pied avocet (Recurvirostra avosetta), a common breeding shorebird in the Nanpu saltpans of Bohai Bay, China, one of the largest saltpan complexes in the world and a key site for migratory shorebirds and other waterbirds using the EAAF (Lei et al., 2018). Overall, pied avocets breed in flat open areas and typically along shallow saline lakes, lagoons, pools, saltpans, and estuaries, with sparse vegetation across Eurasia and Africa (Pierce, 2017). The selection of saltpans by breeding avocets has been reported from several parts of the breeding range in Europe (see review in Hötker and West, 2005). To place our findings in context, we reviewed the relevant studies on breeding success in artificial and natural habitats around the world. Specifically, we identified the leading factors influencing nest survival and addressed the issue of the value of coastal saltpans as alternative breeding habitats for pied avocets and similar shorebirds.



MATERIALS AND METHODS


Study Sites

Fieldwork was carried out in the Nanpu saltpan complex (290 km2) in northern Bohai Bay, China (39°N, 118°E) (Figure 1), which is a key stopover site for migratory shorebirds along the EAAF (Yang et al., 2011; Lei et al., 2018). Saltpans are surrounded by natural intertidal mudflats in the south and west and adjacent to a nature reserve in the northeast, which is mainly composed of aquaculture ponds and rice fields (Figure 1). Similar to other industrial saltpans, the Nanpu saltpans consist of shallow, interconnected pans of varying sizes (range: 0.6–1,685 ha) separated by dikes without vegetation growth. There are three types of ponds: storage, evaporation, and crystallization ponds. Seawater is pumped into storage ponds, from which water is circulated through several evaporation ponds by gravity or pumps (Lei et al., 2018). As water flows, salinity gradually increases by solar evaporation to near the saturation point, and then the brine is pumped to the crystallization ponds. The study sites were located in two active evaporation ponds (I and II) and one temporarily abandoned evaporation pond (III). There is a plant that produces bromine between ponds I and II, using water from pond I and wastewater discharge into pond II; thus, almost no food was available for shorebirds in pond II (Weipan Lei, personal observation). Four different types of structures for nest sites were distinguished: (1) temporarily inactive (empty) evaporation pond (pond III), (2) dike isolated by water in evaporation pond (A and G dikes), (3) accessible dikes connected to road (B–F and H dikes), and (4) islet in evaporation pond (islet J) (Figure 1). The nesting substrate of dikes and abandoned ponds is mud, while the islets are mainly made up of shells. We assumed that differences in nesting substrate, food resources, and accessibility could cause nest survival variations. Research sites were monitored in 2015 (pond III), 2016 (pond II), and 2018 (ponds I, II, and III). Kentish plover, black-winged stilt (Himantopus himantopus), common tern (Sterna hirundo), gull-billed tern, and little tern (Sterna albifrons) were also bred in the study area (Yang, 2006; Que et al., 2015).
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FIGURE 1. Study area in the Nanpu saltpans. Ponds I and II were active (flooded) ponds, but Pond III was a temporarily inactive (empty) evaporation pond. A–H, are dikes, and “J” is a small islet. See text for details.


Dikes were 10-m wide and 54-cm high, on average, from the water. Vegetation was not observed in these dikes and the islet. The mean water depth in pond II was 46 cm. We did not measure the water depth in pond I, but it was similar to that in pond II in 2018. The area of the islet is about 180 m2.



Field Methods

We systematically searched for nests on foot in the study area and recorded the location of nests with a handheld GPS. Every nest found was numbered and marked with inconspicuous shells, and eggs were marked individually and measured. We recorded the position of the nest in dikes or islets as top, slope, and bottom (nests in pond III without dikes/islets were all on the bottom) (Supplementary Figure 2). The avocet nesting period included egg laying and incubation periods. For the nests found during the laying period, we backward calculated the first laying date based on the avocet laying pattern: laying one egg each day and a 1-day break without laying between the third and fourth eggs (Hötker, 1998). Avocets generally started incubating after laying the third or fourth egg (Hötker, 1998); for estimating the hatching date, we assumed that they started to incubate after laying the last egg; thus, the hatching date was 24 days after laying the last egg. For the nests found with a full clutch, we floated the eggs to estimate the incubation days (i.e., the last egg laying date) (Alberico, 1995; Ackerman and Eagles-Smith, 2010), backward-calculated the first egg-laying date based on the number of eggs and estimated the hatching date. Nest age day 1 was defined as the first egg-laying date. We could not estimate the nest age of nests that failed before we found them. We checked each nest every 1–9 days (normally 3–5 days) from the day found until the final fate of the nest was determined. Each day that the nests were visited, they were coded as 1; otherwise, they were coded as 0 for subsequent nest survival analysis (Rotellam et al., 2000; Uher-Koch et al., 2015; Hu et al., 2020) (see “Data Analysis” section).

We considered the nest to be successful if (1) at least one chick was found in a nest or nearby, (2) we observed 1- to 4-mm shell fragments in or near the nest, or (3) the date of egg disappearance matched the expected hatching date with no sign of predation (Mabee, 1997; Rocha et al., 2016). We used the definition of incubation period from Drent (1975), i.e., the number of days between the last egg laying and the last chick hatching of each nest. Thus, hatching date was the day when the last chick hatched, the day after we observed a nest with all eggs pipping and fractures on the shell, 2 days after we observed multiple eggs with cracks but no pipping, or 3 days after we observed only one egg with fractures (Ackerman and Eagles-Smith, 2010). Avocet hatching usually lasts 2–3 days, i.e., from the first egg with fractures to the last chick hatched.

We considered the nest to fail if the following occurred: (1) flooding: eggs were flooded, covered with dirt, or blown out of the nest scrape; (2) predation: eggs were broken or yolk and albumen could be found around the nest, or eggs disappeared at least 5 days before the predicted hatching date; (3) poaching: previously observed eggs were collected by humans, or the nest was empty and human footprints were observed; (4) trampling: eggs were broken in the nest and footprints were obvious; (5) abandonment: eggs were unattended by adults for prolonged periods (eggs were considered abandoned if they were found cold and dirty for at least two visits); or (6) failing to hatch: nest was incubated more than 35 days but eggs did not hatch.

Nest fates were defined as unknown if the above criteria could not be determined (Walker et al., 2005; Colwell et al., 2011). Nests with unknown fates and those that did not finish at the end of the fieldwork seasons were not used in the analyses. Precipitation data were obtained from the Nanpu saltpan weather station.



Data Analysis

We standardized the season dates among years by using the earliest date in either year as the first day of the season and the latest hatching or failure date in either year as the last day of the season (Moynahan et al., 2007). We thus defined a 71-days nesting season beginning on April 20 and ending on June 29. Incubation days were calculated from the successful nests found during the laying period. The complete clutch size excluded nests that did not start to incubate with one or two eggs. Because various authors have used different terminology, we defined the following terms for this paper: (1) “nest daily survival rate” (DSR) is the probability that a nest will survive a single day, and (2) “nest success” is the probability that a nest will be successful, including both apparent nest success and cumulative nest success based on DSR.

We used ArcGIS 10.2 (ESRI, Redlands, CA, United States) to calculate spatial covariates: nearest distance to other avocet nests and number of avocet nests within a 25-m radius (nest density) (25 m was used because it is an indicator of colony nests; Hötker, 2000). For the nests on the islet, the distance between nests was beyond the GPS accuracy, and the radius of the islet was smaller than 25 m; therefore, we used 0.5 m as the average distance between nests, and density was calculated considering all nests (including the nests of common tern).

The nest survival analysis procedure in the program MARK 9.0 (White and Burnham, 1999; Cooch and White, 2006) via the R package “RMark” version 2.2.7 (Laake, 2013; Laake et al., 2019) was used to estimate the DSR and assess how environmental and temporal factors affected the DSR. Only the known nest fate and nest age were used in the analysis, and the nests that failed with unknown nest age were not used in this analysis, although they were still used to calculate the apparent nest success.

The nest survival analysis in MARK uses a generalized linear model with a logit link function and binominal error to estimate the relationship of the DSR with various covariates (Rotella et al., 2004; Hu et al., 2020). The parameters in the encounter history of the nests included FirstFound (date when the nest was first found), LastPresent (date when nests were last found present), LastChecked (date when the nest was last visited; for success nest, LastPresent is the same as LastChecked), Fate (fate of the nest; 0 = success and 1 = fail), Freq (frequency of the nests with the same encounter history), AgeFound (age of the nest when it was found), and AgeDay1 (age of the nest on the first day of the nesting season, i.e., April 20 in this study).

The covariates considered to explain the DSR in the model included year, nesting season, precipitation (1-day lag effect), nest age, nest position (top, slope, or bottom), pond, habitat, nest density, distance to nearest nest, and researchers’ nest visit (Table 1). A 1-day lag of precipitation was used because the initial analysis showed that it performed better than precipitation (Moynahan et al., 2007). Thus, precipitation from April 19 to June 27 was used in the model corresponding to 1–70 intervals within 71 nesting season days (the following precipitation just means a 1-day lag of precipitation for conciseness). We used the pairs function in R to check the colinearity among covariates of year, Ageday1, position, pond, habitat, density, and distance to nearest nest. The pairplot indicated colinearity between habitat (structure) and pond (Supplementary Figure 2). Then, we used the “corvif” function in the HighstatLibV4.R file (Zuur et al., 2013) to check the variance inflation factor values of pond and habitat with other covariates separately (an error occurred when pond and habitat were checked together), which showed that the habitat had the largest GVIF value (4.22); therefore, we dropped it then the GVIF values of the remaining covariates were smaller than 3.


TABLE 1. Parameters used in models predict daily nest survival rate of pied avocet in Nanpu saltpans.
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Corrected Akaike’s information criterion (AICc) was used to rank candidate models for small sample sizes to assess model likelihood and parameter parsimony given the data (Burnham and Anderson, 2004). First, we built nine models with each single covariate and a constant model. The model with nest age was much better than the others (Supplementary Table 2), and then, we built models with two covariates (nest age and other single covariates). Only the models better than the previous top model were advanced to the next stage of model building. A new top model as a foundation for model construction and other single covariates (from models advanced to this stage) were added into the top models each time. Keep this process until the AICc was not smaller. The models with △AICc < 2 were considered the best candidate models. Furthermore, we averaged all models using the “model. avg” function using the package “MuMIn” (Barton and Barton, 2015). The relative importance of the Akaike weights of response variables (by the sum of Akaike weights of models where explanatory variable was present) (Burnham and Anderson, 2004) and 95% confidence intervals (CIs) were used to evaluate the contribution of the variables to the models. We considered covariates with 95% CIs that did not overlap 0 as biologically informative.

We visually assessed the sensitivity of biologically informative covariates in the selected model by plotting back-transformed estimates of the DSR using a mean or range of values representative of those recorded during the nesting season and confidence intervals derived using the delta method (Seber, 1982; Sexson and Farley, 2012). We calculated estimates of cumulative nest success by multiplying the DSR by the 27th exponent, which is consistent with a 27-days laying and incubation period (see result), and apparent nest success = succeeded nests/(succeeded nests + failed nests).

We also searched the literature for nest survival values for pied avocet to model nest success based on different predictor variables, including habitat type (see below). To identify similar studies that estimated nest success in pied avocet, we queried the “Web of Science” and “Google Scholar” databases using the terms “pied avocet,” “Recurvirostra avosetta,” “breed,” and “nest survival”. Studies not included in those databases but listed in Hötker and Segebade (2000); MacDonald and Bolton (2008), and Chokri and Selmi (2011) were also included in the literature review. We classified habitats as natural (lake, islet, salt marsh, and delta), artificial (saltpans, fish ponds, grasslands, summer polder, and dikes), or both. Studies including habitats we could not classify were excluded from the analysis. If only the DSR value was available, we calculated the cumulative nest success by multiplying the DSR by the 27th exponent. If the results of several years were presented, we pooled the nests to calculate the apparent nest success or used the average DSR to calculate the cumulative nest success. Beta regression (with a logit link function; betareg 3.1-4 in R) (Zeileis et al., 2016) was used to detect whether the habitat, study date (year, or last year, used in the study to estimate nest parameters), number of nests, and method for estimating nest success (apparent nest success or cumulative nest success) affected the nest success. All GVIF values were <2, indicating no colinearity among the predictive variables.

All analyses were carried out in R studio (Version 1.1.456, RStudio, Inc.). The significance levels were set at P < 0.05. The mean values were given as means ± SE.



RESULTS

A total of 852 nests were found, and among the 804 known nest fates, 408 nests succeeded and 396 nests failed, which represented an apparent nest success of 50.8% (Table 2). The clutch size was 3.88 ± 0.02 eggs (n = 566), with four eggs as the most common clutch size that had the highest apparent nest success (Figure 2). The incubation period was 23.2 ± 0.16 days (19–31 days, n = 135). The nesting period, including incubation and laying, was 27.1 ± 0.16 days (23–35 days, n = 135). The overall DSR, assuming a constant survival rate without the influence of covariates, was 0.970; hence, the cumulative nest success during 27 nesting exposure days was 43.8%.


TABLE 2. Total number of pied avocet nests monitored and used to predict daily survival rate (DSR) in nest survival models in program MARK.
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FIGURE 2. Clutch size of pied avocet found in the Nanpu saltpans and their fate. Nests with uncompleted clutches were excluded from the analysis.


Among the failed nests, 217 nests (54.8%) failed during the laying period (170 nests with one egg, 46 nests with two eggs, and one nest with the number of eggs unknown), and 179 nests failed during the incubation period. Nest abandonment was the main cause leading to nest failure during both the laying (44.7%, n = 97 out of 217 nests) and incubation periods (27.3%, n = 49 out of 179 nests), followed by flooding (laying: 38.7%, n = 84; incubation: 44.1%, n = 79), predation (15.7%, n = 34; 16.2%, n = 29), and poaching (0.9%, n = 2; 9.5%, n = 17). Other reasons included trampling (n = 1) and unviable eggs (n = 4), which only occurred during the incubation period (Figure 3). Most nests were located at the bottom of the pond, dikes, or islet (n = 556). Although fewer nests were found on the top (n = 126) and slope (n = 122) of dikes or islet, they had higher apparent nest success than those on the bottom (Figure 4). Nest abandonment and flooding were the main reasons for nest failure at all nest positions. Nests placed on the top of dikes and islets had a high predation rate (Figure 4).


[image: image]

FIGURE 3. Causes of nest failure among pied avocets during the laying (black) and incubation (white) periods; other causes, including trampling (n = 1) and unviable eggs (n = 4), only occurred during the incubation period.
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FIGURE 4. Proportion (%) of apparent nest success and failure causes according to nest position in dike or islet: top (n = 126), slope (n = 122), and bottom (n = 556).


We constructed 25 candidate models describing variations in the DSR (Supplementary Table 1). Only one model had △AICc < 2 (wi = 0.80), and it included nest age (β = 0.157 ± 0.011, 95% CI = 0.135, 0.178), nesting season (β = –0.035 ± 0.006, 95% CI = –0.047, –0.023), precipitation (β = –0.087 ± 0.017, 95% CI = –0.119, –0.054), nest density (β = –0.148 ± 0.004, 95% CI = –0.023, –0.007), and position (bottom β = 0.284 ± 0.215, 95% CI = –0.706, 0.138; slope β = 0.144 ± 0.270, 95% CI = –0.386, 0.673) (Table 3). The second and third models were nested in the top model (Table 3). After model averaging, the most biologically informative covariates (wi = 1) were nest age, nesting season, and precipitation, followed by nest density (wi = 0.99). Nest position (wi = 0.80), pond, year, nest visit, and distance to nearest nest (all wi < 0.01) were not biologically informative by evidence with a 95% CI that overlapped 0 (Table 4).


TABLE 3. Top three modes and constant model predicting pied avocet daily survival rate in Nanpu saltpans.
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TABLE 4. Model-averaged parameter estimates and descriptive statistics.
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Model averaging had a similar predictive ability to the single top model; therefore, we plotted back-transformed estimates of the DSR based on the top model. We found a strong positive relationship between the DSR and nest age, with nests near hatching showing a greater probability of survival (Figure 5A). We also found a strong negative relationship between the DSR and precipitation, with the greatest DSR values at nests that experienced no precipitation (Figure 5B). The DSR decreased over the course of the 71-days nesting season following a linear trend, so nests active in late season had a smaller probability of survival (Figure 5C). The DSR also decreased slightly with nest density (Figure 5D). The nests on the bottom had a lower DSR than those on the top, but the difference was not significant, with a 95% CI that overlapped 0.
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FIGURE 5. Predicted daily survival rates (95% CI) of pied avocet nests in relation to nest age (A), precipitation (B), nesting season (C), and nest density (D). Predicted based on the top nest survival model (Table 3). For illustrative purposes, we only plotted daily survival rate (DSR) values for the top position of nests.


The literature review showed that nest survival of pied avocet was highly variable: 58.3 ± 5.3% (n = 13 studies, apparent nest success) and 58.0 ± 11.1% (n = 5, cumulative nest success), ranging from 23 to 88%. Our average apparent nest success was 50.8 ± 1.5% (n = 3 years), and the cumulative nest success was 44.3% (40.1, 48.3% 95% CI); however, the nest-abandonment rate in the Nanpu saltpans was clearly superior to that of other studies (Supplementary Table 2). The beta regression showed that habitat and year significantly affected nest success (Table 5). Nest success in artificial habitats was significantly higher than that in natural or mixed habitats and decreased over time (Figure 6). The effects of the number of nests and nest success calculation method were not significant (Table 5).


TABLE 5. Beta regression predicting the nest success of avocet in natural and artificial habitats.
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FIGURE 6. Relationships between nest success and study date and between nest success and nesting habitat. Data from this study and literature review.




DISCUSSION

We found that the nest survival, which is a proxy of breeding success, of pied avocet in the Nanpu saltpans was similar to the reported values in the literature, which included studies performed in natural and artificial wetlands. Our analysis including data about nest survival of pied avocets across different geographical regions suggested that breeding conditions seem more favorable in anthropogenic wetlands, such as our saltpans, where nest survival values were as high or higher than those reported for natural and artificial wetlands. This analysis also showed that nest survival decreased over time. Thus, coastal saltpans in the EAAF could provide alternative breeding sites for pied avocets, although regardless of the type of habitat, breeding conditions may have worsened over the last decades.

Field activities may lead to biased estimates of nest success (Rotellam et al., 2000) because researchers’ visits may provide cues for predators and/or brood parasites finding nests (Nichols et al., 1984; Westmoreland and Best, 1985; Major, 1990) or may prevent some predators from visiting nests (MaCivor et al., 1990; Ibáñez-Álamo and Soler, 2010). In this research, we failed to detect the visit effect, suggesting that the bias of the observing effect should be limited. This finding may be related to our attempt to minimize the disturbance during nest checks, as we inconspicuously marked the nests and avoided nest checks after heavy rainfall to avoid leaving the footprint. Additionally, the rate of predation and poaching was not high in this study. The low poaching rate, but not the low predator rate, may be related to our research activities because we have persuaded several egg collectors to stop egg collection; however, we never observed land predators at the nesting sites. A meta-analysis also showed that Charadriiformes did not show a significant increase in nest predation due to research perturbation (Ibáñez-Álamo et al., 2012).

Nest survival in the Nanpu saltpans was strongly affected by nest age and precipitation as well as by days from the beginning of the breeding season (nesting season) and nest density. Flooding and abandonment were the main causes of nest failure. In comparison with other waterbirds breeding in the Nanpu saltpans, this nest survival was much higher than that of Kentish plover (Que et al., 2015) but lower than that in gull-billed tern (Wu et al., 2020), both of which were also estimated in the Nanpu saltpans but at different sites. These differences may be due to the different human disturbance levels occurring within the Nanpu saltpans. The study sites for Kentish plovers were located in dikes formed from crystallization and shrimp ponds with high levels of anthropogenic disturbance (e.g., egg collection, irrigation, and trampling by pedestrians or vehicles) (Que et al., 2015), while the study sites for gull-billed terns were mainly isolated islets or abandoned ponds with low human disturbance (Wu et al., 2020). Both avocet and gull-billed tern nest survival were strongly and negatively affected by rainfall and anthropogenic activities (water pumping activity for salt production), which led to flooding events (Wu et al., 2020).

Our models showed that the DSR was negatively correlated with precipitation and decreased as the breeding season progressed. In the study area, large rainfall events occur annually after June, i.e., in the last stage of the breeding season, with up to 32.9 mm in a single day (Supplementary Figure 3). Precipitation leading to flooding may have an immediate and widespread effect on ground-nesting shorebirds that use flood-prone saltpans (Knopf, 1982; Winton et al., 2000; Sexson and Farley, 2012). We did not discriminate nest failure by flooding caused by precipitation or by flooding caused by saltworkers’ activity. Flooding is the main cause of nest failure in pied avocets in both natural (De Bie and Zijlstra, 1985; Hötker and Segebade, 2000; Thyen, 2005) and artificial habitats (Engelmoer and Blomert, 1985; Nogueira et al., 1996; Cuervo, 2005). In natural habitats, flooding is caused by rainfall events (e.g., Hötker and Segebade, 2000) or tides (Plaschke et al., 2019), and this negative effect on nest survival is habitat dependent. For example, Hötker and Segebade (2000) found that on natural saltmarshes, most avocet nest losses were due to flooding at storm tides. In artificial habitats, however, flooding is also caused by water manipulation (Nogueira et al., 1996; Chokri and Selmi, 2011). The threat of anthropogenic flooding can be more serious than other negative factors, such as predation, but this threat could be easily reduced or eliminated by controlling water levels during the breeding season or by building nesting structures to prevent flooding (Nogueira et al., 1996).

We did not find differences in nest survival among nest positions, although avocets seem to prefer nesting on the bottom. Nests in the Nanpu saltpans were threatened by both strong rainfall and wind events and anthropogenic water manipulation. Salt production requires massive influxes of water flow through different ponds during the breeding season. When the water level dramatically increases in a pond, water can drown and even wash away the nests on the bottom or slope of dikes and islets. If this water management by saltworkers coincides with heavy rainfall and strong wind, many nests will fail at a short time scale. The functionality of coastal saltpans for breeding would increase for waterbirds by avoiding or minimizing water management practices that negatively impact breeding conditions for ground-nesting waterbird species such as pied avocets.

Another main cause of nest failure was nest abandonment or desertion. Many reasons cause nest abandonment, such as predation risk, clutch loss, competition for nest sites, inclement weather, or human disturbance (see review in Roche et al., 2010). The abandonment rate in this study was much higher (especially during the laying period, which accounted for more than 50% of the cases) than in other avocet studies either in natural or artificial habitats (abandonment rate <20%) (Nogueira et al., 1996; Hötker and Segebade, 2000; Cuervo, 2005; Lengyel, 2006; Chokri and Selmi, 2011). Avocets face interspecific competition for nesting sites with black-winged stilts or common terns, all breeding at the same sites. In addition, thousands of gulls, such as the black-headed gull (Larus ridibundus) and relict gull (Larus relictus), use avocet nesting dikes (pond I) for roosting at night, and infrared cameras shows that the gulls preyed avocet eggs when they were unattended (Weipan Lei, pers. Observ.). Chokri and Selmi (2011) found that 54% of deserted nests were due to avocet competition with breeding slender-billed gull (Chroicocephalus genei). Another reason for nest abandonment may be the type of ground cover of the dikes, which would lead to eggs sticking to the ground when the muddy substrate is wet, and birds are unable to turn them (Arroyo and Hortas, 2005). This is unlikely to happen in natural habitats where the ground cover is composed of shells, sand, or grass.

Predation is the primary cause of nest failure in almost all avian species studied to date (Ricklefs, 1969; Martin, 1993; Smith and Wilson, 2010). In previous studies, the nest predation rate of pied avocet was high, mainly caused by mammalian or avian predators (Hötker and Segebade, 2000; Cuervo, 2004). Most predators, such as gulls (Nogueira et al., 1996), corvids (Goutner, 1985), foxes (Cadbury and Olney, 1978; Goutner, 1985; Hötker and Segebade, 2000), and Rattus spp. (Cuervo, 2004; Wu et al., 2020), hunt in both natural and artificial habitats, although certain predators, such as stray dogs (Chokri and Selmi, 2011) or poachers (egg collectors) (Que et al., 2015), are more likely to hunt in artificial habitats. However, the rate of nest predation in Nanpu saltpans was comparatively low for avocets.

The DSR also increased with nest age, such as in other biparental species, since parents defend older nests with greater intensity (Smith and Wilson, 2010). Avocets usually do not start to incubate until laying the third or fourth egg, so nests during the laying period are extremely vulnerable. When nest age increases, parents defend them more aggressively (reviewed in Montgomerie and Weatherhead, 1988; Forbes et al., 1994). In addition, the opportunity for renesting successfully declines because nests initiated in the late season are unlikely to succeed (Smith et al., 2010). Nesting season and nest age are often confounded. Nevertheless, our model showed that the DSR increased with nest age but decreased with nesting season, suggesting that older nests were defended by incubating adults with greater intensity.

In addition to avocet, many species use saltpans or other artificial habitats for breeding, such as American avocet (Recurvirostra americana) (Rintoul et al., 2003), black-necked stilt Himantopus mexicanus (Rintoul et al., 2003), black-winged stilt (Cuervo, 2005), Kentish plover (Que et al., 2015; Rocha et al., 2016), snowy plover (Charadrius alexandrinus nivosus) (Robinson, 2008), gull-billed tern (Wu et al., 2020), little tern (Catry et al., 2004), common tern (Škornik, 2019), Forster’s terns (Sterna forsteri) (Bluso-Demers et al., 2016), and slender-billed gull (Ramírez et al., 2012). All of these species prefer to breed in flat, open habitats with sparse vegetation for easy detection of predators, such as sand beaches, before land transformation. Catry et al. (2004) showed a slight shift in tern breeding from sand beaches to saltpans over 30 years but without a population decline. Species that prefer nesting in dense grass to hide from predators, such as redshank (Beintema and Muskens, 1987), seldom choose bare-land saltpans as breeding habitats. Thus, the different predator avoidance strategies of breeding birds may affect their use of artificial habitats.

In the Mediterranean basin, waterbirds tend to breed in artificial and semiartificial habitats, especially in saltpans, due to intensive human pressure on natural habitats (Britton and Johnson, 1987; Masero, 2003; Catry et al., 2004; Ali Chokri and Selmi, 2011). For example, saltpans and extensive fishponds support more than 75% of the avocet population breeding in Spain (Arroyo and Hortas, 2005). Saltpans provide stable and predictable feeding areas (Britton and Johnson, 1987; Masero and Pérez-Hurtado, 2001) as well as suitable nest sites and abundant food resources for chicks (e.g., Arroyo et al., 1997). The avocet population decline that occurred in some areas in Spain, such as the Bay of Cádiz, seems to be connected with the abandonment or transformation of saltpans into fishponds or other land uses (Arroyo and Hortas, 2005). From the Yellow Sea to southeast Asia, although saltpans are widely distributed and have a long history, knowledge of their value for breeding is still very limited, and large surfaces of saltpans are undergoing a similar transformation as in the Mediterranean region, without action to conserve them as suitable breeding habitats for waterbirds (Sripanomyom et al., 2011; Lei et al., 2018). Thus, action focused on improving the conservation of saltpans can help conserve avocet and other waterbirds in this flyway.

In conclusion, our findings showed that coastal Nanpu saltpans in the EAAF can provide an alternative suitable habitat for pied avocets. Flooding and a lack of high-quality breeding sites probably result in a high nest-abandonment rate, especially during the laying period, which highlights the importance of water level management as well as the construction of dikes or islets to avoid flooding. Such management actions are likely to be beneficial for the entire waterbird community nesting in saltpans. As the saltpans are continually losing along the coast of Asia and other continents, we suggest that both conservation action and research effort should be strengthened to understand and conserve this habitat and waterbirds.
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The majority of the world’s biodiversity occurs in the tropics, but human actions in these regions have precipitated an extinction crisis due to habitat degradation, overexploitation, and climate change. Understanding which ecological, biogeographical, and life-history traits predict extinction risk is critical for conserving species. The Philippines is a hotspot of biodiversity and endemism, but it is a region that also suffers from an extremely high level of deforestation, habitat degradation, and wildlife exploitation. We investigated the biological correlates of extinction risk based on the IUCN Red List threat status among resident Philippine birds using a broad range of ecological, biogeographical, and life history traits previously identified as correlates of extinction risk in birds. We found strong support across competing models for endemism, narrower elevational ranges, high forest dependency, and larger body size as correlates significantly associated with extinction risk. Additionally, we compared observed threat status with threat status fitted by our model, finding fourteen species that are not currently recognized by the IUCN Red List as threatened that may be more threatened than currently believed and therefore warrant heightened conservation focus, and predicted threat statuses for the four Philippine Data Deficient bird species. We also assessed species described in recent taxonomic splits that are recognized by BirdLife International, finding 12 species that have a fitted threat status more severe than their IUCN-designated ones. Our findings provide a framework for avian conservation efforts to identify birds with specific biological correlates that increase a species’ vulnerability to extinction both in the Philippine Archipelago and elsewhere on other tropical islands.
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INTRODUCTION

The majority of the world’s biodiversity is found in the tropics (Myers et al., 2000; Brown, 2014; Barlow et al., 2018), but human actions in these regions are expected to precipitate an extinction crisis as habitats are diminished and degraded (Pimm and Raven, 2000; Barlow et al., 2018). Extinction risk among taxa is phylogenetically non-random (e.g., Russell et al., 1998; Hughes, 1999; Von Euler, 2001; Yessoufou et al., 2012; Wang et al., 2018) and influenced by species’ biology, specifically ecological, biogeographical, and life history traits (hereafter “biological correlates”). Such ecological variables that impact extinction risk include poor dispersal ability (Weerd et al., 2003; Moore et al., 2008; Lees and Peres, 2009), ecological specialization (Norris and Harper, 2004; Şekercioğlu, 2007, 2011), and large body size (Gaston and Blackburn, 1995; Bennett and Owens, 1997; Wang et al., 2018). Biogeographical variables associated with high extinction risk include small geographical and elevational range size (Manne et al., 1999; Purvis et al., 2000; Şekercioğlu et al., 2008; White and Bennett, 2015), and endemism (Myers et al., 2000; Boyer, 2008). Life history and breeding biology variables associated with high extinction risk include nest type (Terborgh, 1974; Wilcove, 1985; Boyer, 2008) and slow life histories (Purvis et al., 2000; Webb et al., 2002; Tobias et al., 2013), including low fecundity (Bennett and Owens, 1997; Purvis et al., 2000; Kruger and Radford, 2008) which can impact a species’ vulnerability to extinction both via increased predation risk of open nests and slower population recovery from a severe reduction in numbers.

For birds, habitat specialists are most at risk from habitat loss and degradation (Sodhi et al., 2004), which reduces niche availability (Norris and Harper, 2004). Of habitat specialists, forest interior (Turner, 1996; O’Dea and Whittaker, 2007), understory, and ground-dwelling bird species are particularly sensitive to habitat changes (Lambert and Collar, 2002; Visco et al., 2015), forest fragmentation (Şekercioğlu, 2002; Şekercioğlu and Sodhi, 2007), and compression of trophic niche-widths (Edwards et al., 2013) that results from habitat degradation. Larger bird species are also at heightened risk due to having low population sizes, slower life histories, requiring larger home ranges, and tending to occupy higher trophic niches (Gaston and Blackburn, 1995). Widely distributed species, on the other hand, are usually able to exploit a wider range of habitats than those with narrow distributions and may thus be less prone to extinction (Manne et al., 1999). Forest fragmentation and deforestation can compound species’ poor dispersal abilities (Barlow et al., 2006; Şekercioğlu, 2007; Moore et al., 2008; Lees and Peres, 2009; Visco et al., 2015; Sheard et al., 2020) and push forest interior species upslope to more suitable habitat (Ocampo-Peñuela and Pimm, 2015), resulting in the extinction of small, isolated populations that are constrained by elevation (Kattan et al., 1994).

Most studies examining biological correlates of extinction risk in birds have only assessed single traits individually in models (e.g., Bennett and Owens, 1997; Norris and Harper, 2004; Şekercioğlu et al., 2004; Kruger and Radford, 2008). Yet, traits analyzed in isolation are limited in their power to predict a species’ vulnerability (Henle et al., 2004; Wang et al., 2015, 2018), making it more difficult to determine the relative importance of individual traits that may predispose species to extinction (Bennett and Owens, 1997). Furthermore, some studies have found strong synergistic interactions between natural abundance and habitat specificity, and between body size and hunting vulnerability (Wang et al., 2015, 2018), though these studies used a maximum of two traits in each model. Therefore, there is a need to analyze the combined effects of multiple traits on a species’ extinction proneness (Davies et al., 2004; Henle et al., 2004; Wang et al., 2015). Globally, the International Union for the Conservation of Nature (IUCN) Red List has become the standard for assessing extinction risk in species (Le Breton et al., 2019). IUCN Red List criteria consist of three main components: a species’ population decline rate, geographic range size, and population size (Mace et al., 2008; Breton et al., 2019; International Union for Conservation of Nature and Natural Resources, 2020).

Southeast Asia is predicted to lose over a third of its biodiversity over the next century due to elevated rates of deforestation (Brook et al., 2003; Sodhi et al., 2010), with the resident avifauna of the region being the most extinction-prone in the world after that of oceanic islands (Şekercioğlu et al., 2004). This is particularly true in the Philippines, where extreme habitat loss and other human actions threaten the nation’s highly endemic birdlife (Oliver and Heaney, 1996; Panopio and Pajaro, 2014). The Philippines is one of the most biodiverse countries in the world (Posa et al., 2008); a vast archipelago with diverse habitats which form a global hotspot of species diversity and endemism (Heaney, 1993; Oliver and Heaney, 1996; Stattersfield et al., 1998; Myers et al., 2000). Furthermore, the bird diversity recognized in the Philippines continues to increase with successive taxonomic revisions. The country now possesses some of the highest richness of recently split threatened species in the world (Simkins et al., 2019). Furthermore, recent genetic and phenotypic analyses have indicated that alpha taxonomy may underestimate the quantity of bird species in the Philippines by at least 50% as a result of numerous cryptic endemic species in the country (Lohman et al., 2010; Campbell et al., 2016). Bird species limits in the Philippines are complicated by the country’s large number of islands and mountains that have driven allopatric diversification (Collar, 2011; Rasmussen et al., 2012; Neate-Clegg et al., 2021).

With 594 species, the Philippines is ranked 58th in the world for bird species richness (BirdLife International, 2021). However, 93 (15.6%) Philippine bird species are threatened with extinction (BirdLife International, 2021), ranking the country 8th for globally threatened species (Vulnerable, Endangered, or Critically Endangered; Figure 1). For endemic species, the outlook is even more dire, with 75 of the 258 (29.1%) endemic species considered threatened. However, there has been minimal research assessing the extinction proneness of Philippine avifauna or even Southeast Asian avifauna as a whole (Sodhi and Brook, 2006). At the current rate of habitat destruction and biodiversity loss within the Philippines, we may lose a large amount of diversity before many cryptic species are even described (Lohman et al., 2010).
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FIGURE 1. Percentage of bird species in the five main IUCN Red List threat categories in the world compared to all resident birds and endemic species in the Philippines. Percentages were calculated by taking the total number of bird species in each category and dividing by the total number of birds in the world, residents in the Philippines, and Philippine endemics.


In this study, we examined the biological correlates of extinction risk among all resident Philippine bird species. As a natural archipelago of diverse topography and ecosystems, a global biodiversity hotspot rich in endemism, and a nation facing numerous threats that are driving rapid wildlife population declines, the Philippines is a high priority country to assess the relationships between ecological, biogeographical, and life history traits and extinction risk in birds. We analyzed a broad range of traits that have previously been linked to extinction risk, comparing the effects of multiple traits simultaneously. We predicted that species at greater risk of extinction in the Philippines would be endemic (Myers et al., 2000; Boyer, 2008), restricted to lower elevations or to limited elevational ranges (Manne et al., 1999; Şekercioğlu et al., 2008; White and Bennett, 2015), large-bodied (Bennett and Owens, 1997; Boyer, 2008; Wang et al., 2018), have limited dispersal ability (Moore et al., 2008; Lees and Peres, 2009; Sheard et al., 2020), be ecologically specialized (Weerd et al., 2003; Norris and Harper, 2004; Şekercioğlu, 2011), have exposed nests or nest on the ground (Terborgh, 1974; Wilcove, 1985; Boyer, 2008), or have low fecundity (Bennett and Owens, 1997; Kruger and Radford, 2008). While we are assessing all of the resident birdlife in the Philippines, we especially focused on species that have either been split within the last decade or have been proposed to consist of cryptic populations that may warrant species-level status (Lohman et al., 2010; Collar, 2011; Rasmussen et al., 2012; Hosner et al., 2013; Campbell et al., 2016). We also aim to identify Philippine bird species which are not currently recognized as threatened by the IUCN but may be at risk of extinction in the near future.



MATERIALS AND METHODS


Dataset and Biological Correlates

We compiled a dataset of the 446 resident Philippine bird species (Supplementary Table 1) after excluding 148 species that are fully migratory and do not breed on any of the islands in the Philippines. Taxonomic classifications were based on BirdLife International (2021), which maintains its own list of the world’s bird species, reviewed and adopted by the BirdLife Taxonomic Working Group (BirdLife International, 2021) and utilized by the IUCN Red List (2020). IUCN Red List threat status for each species consists of Least Concern (LC), Near Threatened (NT), Vulnerable (VU), Endangered (EN), Critically Endangered (CR), or Data Deficient (DD). We then collated data on 11 ecological, biogeographical, and life-history traits: endemism, elevational range, average elevation, body mass, hand-wing index, habitat breadth, forest dependency, primary diet, dietary breadth, nest type, and average clutch size. While there is a strong relationship between geographic range size and extinction risk (Figure 2), we did not include geographic range size in our analyses to avoid potential circularity with a species’ IUCN threat status. Most of the data were extracted from a global dataset of avian ecological traits (Table 1; see Şekercioğlu et al., 2004, 2019 for more details of these methods and a description of this dataset) which compiled information from the literature, including ornithological books (e.g., Del Hoyo et al., 1992-2013; Kennedy et al., 2000), BirdLife International (2021), and field guides (e.g., Robson, 2000). Hand-wing index (HWI) data were taken from Sheard et al. (2020). HWI is a measure of a bird wing’s pointiness and is a proxy for dispersal ability (Sheard et al., 2020), and this dataset was also used to fill gaps in body mass. If no additional data were available, we used conspecific or congeneric values where possible to fill in gaps.
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FIGURE 2. The correlation between threat status and geographic range size in resident Philippine birdlife.



TABLE 1. Resident Philippine bird species not currently listed as threatened by the IUCN Red List (i.e., Least Concern or Near Threatened) which possess traits identified as correlates of extinction risk with strong support across all competing models (endemism, elevational range, forest dependency, and body mass) and have a predicted threat status that would often result in the species being classified as threatened under the IUCN Red List. Three threatened species with higher predicted threats than their IUCN designated ones, as well as the four Data Deficient species are also included in the table.
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We used Kennedy et al. (2000) for each species’ elevational range in meters above sea level (hereafter “m asl”; Del Hoyo et al., 1992-2013) rather than generalizing lowland, foothill, or montane designations based on elevational ranges, as there are hundreds of islands in the Philippines and elevational ranges can vary greatly between islands and mountains (Rahbek et al., 2019). Since 71% of the species in our study are forest species, we used forest dependency (“high,” “medium,” “low,” “non-forest”; BirdLife International, 2021) as an indicator of a species’ habitat preference. We used primary diet as an indicator of a species’ trophic level (Wang et al., 2018). However, because invertivores and vertivores tend to have different sensitivity to anthropogenic change than herbivores (Şekercioğlu et al., 2002; Bregman et al., 2016; Keinath et al., 2017; Atwood et al., 2020; Sherry et al., 2020), we designated species as either “carnivores” or “herbivores.” We grouped frugivores, nectarivores, and granivores as herbivores, and grouped piscivores, invertivores, and vertivores as carnivores. For the 14 omnivorous species, we used context to specify if a species was primarily an herbivore or carnivore. We used dietary breadth and habitat breadth to calculate the ecological specialization index (Şekercioğlu, 2011). Dietary breadth is a count of the number of food types a species consumes, with categories such as invertebrates and fruit (max = 7). Habitat breadth is a count of the number of major habitats that a species can occur in, with broad categories such as forest, woodland, and grassland (max = 10). Specialization is then quantified as log10[100/(dietary breadth × habitat breadth)], with a maximum of 2 for species that eat only one type of food and live in one habitat (Şekercioğlu, 2011).

For traits related to a species’ breeding biology, we used clutch size as a proxy for fecundity (Bennett and Owens, 1997; Wang et al., 2015). We also simplified our nest type categories into nests that are either open (i.e., cup, platform, scrape, or saucer nests) or closed (i.e., burrows, cavity, dome, pendant, sphere, or mound nests). Our final set of variables included ten ecological traits: endemism (yes/no), elevational range, average elevation, body mass, HWI, forest dependency, trophic level (carnivore/herbivore), ecological specialization, nest type (open/closed), and average clutch size.

Four species were listed by International Union for Conservation of Nature and Natural Resources (2020) as DD and lacked some trait data: Whitehead’s Swiftlet (Aerodramus whiteheadi), Brown-banded Rail (Lewinia mirifica), Luzon Buttonquail (Turnix worcesteri), and Visayan Miniature Babbler (Micromacronus leytensis). Where possible, we filled in trait gaps for these four species with data from congeners. For body mass, we averaged the masses of all congeners.

To examine the threat status of recently split species, we identified the species in the literature that have been associated with taxonomic updates and proposed revisions within the last decade (Supplementary Table 2). This includes the 35 species recognized by BirdLife International (2021) that have recently been described as a result of species splits (Lohman et al., 2010; Collar, 2011; Rasmussen et al., 2012; Hosner et al., 2013; Campbell et al., 2016; Arndt et al., 2019) and, if applicable, the endemic Philippine parent species from which these birds were split (Supplementary Table 2). We also included the 19 species that consist of one or more cryptic populations that have been recommended to be split but have yet to be split and recognized by BirdLife International (2021) as separate species (Supplementary Table 2; Lohman et al., 2010; Collar, 2011; Campbell et al., 2016).



Statistical Analyses

We created a series of generalized linear mixed-effects models (GLMMs) using the “glmer” function from the R package lme4 (Bates et al., 2015) to test the relationships between IUCN threat status and our ten traits (Kruger and Radford, 2008). We excluded the four DD species, and then converted threat status into a continuous linear index from 0 to 4 (0 = LC, 1 = NT, 2 = VU, 3 = EN, 4 = CR), which served as our response variable. This numerical treatment for threat status and use of IUCN categories as surrogate measurements of extinction risk follows that of prior studies assessing predisposition to extinction in biodiversity (Purvis et al., 2000; Cardillo et al., 2004), including a recent examination of the correlates of extinction risk in birds (Wang et al., 2018). We also log-transformed body mass, since it increases geometrically, and clutch size, since this variable consists of count data; these two variables were approximately normally distributed following transformation. We then scaled all of our numerical variables to have a mean of 0 and a standard deviation of 1.

We then constructed a GLMM with a Poisson error structure. We used a Poisson GLMM because threat status was not normally distributed, consisted of integer values, and was zero-bound and zero-inflated. To control for phylogeny, we included bird genus nested within family as random intercept effects in our models. In our general model, we included all ten biological correlates, excluding any species which had gaps in data for forest dependency, nest type, or clutch size. Removing these birds with gaps, we therefore had sufficient data for 371 species to run in this model. However, due to the large number of species for which we lacked information on clutch size, we created another model for this dataset that excluded clutch size, to test the significance of this variable. We compared these two models using a likelihood ratio test and, since clutch size was not significant (χ2 = 0.482, p = 0.487), we removed it from the general model. We then created a second general GLMM with an expanded dataset that included species with no clutch size data (n = 421). We investigated variance inflation factors for the nine variables in our expanded GLMM using the function “vif” from the R package car (Fox and Weisberg, 2019), and all were below 3 (Zuur et al., 2010).

Next, we used the function “dredge” from the R package MuMIn (Bartoń, 2020) on the general model to run models for every possible subset of variables (512 models), to rank these models based on AICc, and to provide model weights for each model (Burnham and Anderson, 2002). We then subsetted these possible models to those with ΔAICc < 6 (Harrison et al., 2018). We considered the model with the lowest AICc to be the model best supported by the data. We used a likelihood ratio test to determine significance for any categorical variables with more than two categories.

We compared observed threat status with predicted (fitted) threat status from the model for two groups of species to evaluate whether some species may be more threatened than currently designated. We first assessed LC and NT species and determined whether the fitted threat status exceeded the observed threat status. For our thresholds for fitted threat status, we chose a range between 0.5 and 1.5 to indicate a species was NT, 1.5–2.5 for VU, 2.5–3.5 for EN, and 3.5 and higher for CR; a range of 0.0–0.5 indicated LC. We also used the same approach to extract and assess fitted threat values for 35 species (and their parent species, if applicable) recognized by BirdLife International (2021) that were recently split (Lohman et al., 2010; Collar, 2011; Rasmussen et al., 2012; Hosner et al., 2013; Campbell et al., 2016; Arndt et al., 2019), as well as the 19 species which consist of populations of one or more cryptic species (Lohman et al., 2010; Collar, 2011; Campbell et al., 2016) that have not yet been recognized by BirdLife International (2021). Finally, we used our model, which had excluded DD species, to predict the threat status of the four DD species.

All statistical analyses and graphing were conducted in R (version 4.0.2, 2020-06-22; R Core Team, 2020).




RESULTS

Our general model contained 421 species. Following multi-model comparison, we found 29 competing models within ΔAICc <6. The top-ranked model contained four covariates that had a significant effect on threat status: endemism, elevational range, forest dependency, and body mass. These covariates were present in all 29 competing models. Specialization (0.173 ± 0.097, z = 1.783, p = 0.075) was also included in our top-ranked model, but it was non-significant.

Endemism was significantly associated with threat status in our top-ranked model (Figure 3B; 1.560 ± 0.276 se, z = 5.656, p < 0.001), with endemic species being more threatened with extinction than non-endemic residents (average threat: endemic = 1.00, non-endemic = 0.11). Elevational range was significantly associated with threat status in our top-ranked model (Figure 3A; −0.541 ± 0.097 se, z = −5.603, p < 0.001), with species that have narrower elevational ranges being more threatened than those that occur at broader elevational ranges. Forest dependency was significantly associated with threat status in our top-ranked model (Figure 3A; χ2 = 16.361, p = 0.001), such that species that have high forest dependency are more threatened than species with lower forest dependency (average threat: high = 1.20, medium = 0.50, low = 0.10, non-forest = 0.06). Finally, body mass was significantly associated with threat status in our top-ranked model (Figure 3B; 0.451 ± 0.069, z = 6.550, p < 0.001), with larger-bodied species more threatened than smaller-bodied birds.
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FIGURE 3. The correlation between threat status and (A) a species’ elevational range size and forest dependency, and (B) a species’ endemicity and body mass in resident Philippine birdlife. We hold the other variables from our top model to be equal to their mean values (0). All four variables were significantly correlated with threat status: endemism (1.560 ± 0.276, z = 5.656, p < 0.001), elevational range (–0.541 ± 0.097, z = –5.603, p < 0.001), forest dependency (χ2 = 16.361, p = 0.001), and body mass (0.451 ± 0.069, z = 6.550, p < 0.001).


We found 84 species of resident Philippine birds not listed as threatened by the International Union for Conservation of Nature and Natural Resources (2020) that had fitted numerical threats more severe than their currently designated ones, including 71 LC species that would classify as NT. Of these 84 species, fourteen had a predicted threat status that would result in the species being classified as threatened under the IUCN Red List (Table 1). In particular, Philippine Serpent-eagle (Spilornis holospilus) would classify as EN, while Writhed Hornbill (Rhabdotorrhinus leucocephalus) would classify as CR (Table 1). There were also three threatened species, all currently designated as VU, which would classify as EN (Table 1): Palawan Peacock-pheasant (Polyplectron napoleonis), Calayan Rail (Gallirallus calayanensis), and Philippine Eagle-owl (Bubo philippensis). Finally, for the four DD species, we predicted a fitted threat of LC for Brown-banded Rail and Luzon Buttonquail, and NT for Whitehead’s Swiftlet and Visayan Miniature Babbler (Table 1).

Additionally, we found 12 species, which are all products of recent splits (Collar, 2011; Rasmussen et al., 2012; Hosner et al., 2013; Campbell et al., 2016) and are recognized by BirdLife International (2021) that have predicted threat statuses more severe than their current IUCN-designated statuses (Table 2). Similarly, we found two species, Red-crested Malkoha (Dasylophus superciliosus) and Buff-spotted Flameback (Chrysocolaptes lucidus), each consisting of one or more cryptic populations with high phenotypic divergence (Campbell et al., 2016), that had a higher predicted threat status than their IUCN-designated one (Table 2). Eleven parent species from which one or more species were recently split also had a more severe predicted threat status than their IUCN ones (Supplementary Table 2).


TABLE 2. Endemic Philippine bird species, described within the last decade as a result of a taxonomic split and recognized by BirdLife International (2021) or species that consist of one or more cryptic populations, which possess traits identified as correlates of extinction risk with strong support across all competing models (endemism, elevational range, forest dependency, and body mass) and have a predicted threat status that is numerically higher than their current IUCN designated one.
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DISCUSSION

In biodiverse regions threatened with anthropogenic change, it is critical to assess the predictors of extinction risk. In this study, we conducted the first comprehensive investigation into the biological correlates of extinction risk in the Philippine avifauna. For resident Philippine birds, we found strong support across competing models for endemic, elevationally-restricted, highly forest dependent, and larger-bodied species being predisposed to extinction (Figure 3).

Endemic species tend to be well-adapted to their local environments, but become rare when rapid changes create new habitats (Jones et al., 2001) or forest fragments (Weerd et al., 2003) to which they often cannot adapt. Endemic species also tend to have smaller geographic ranges than co-occurring resident, non-endemic species. While a number of Philippine endemics have large ranges across the archipelago and are not listed as globally threatened, geographic range size is one of the main criteria used by the IUCN to assess a species’ extinction risk (Mace et al., 2008; Le Breton et al., 2019; International Union for Conservation of Nature and Natural Resources, 2020). Consequently, many Philippine endemic birds are restricted to a single island such as Palawan or Luzon. We also found that birds which occur at narrower elevational ranges are at a heightened risk of extinction, consistent with prior studies (Şekercioğlu et al., 2008; White and Bennett, 2015). This may be amplified by the fact that eighty-seven percent of Philippine bird species occur in lowland areas below 500 m asl (Supplementary Table 1), with many species with narrow elevational ranges occurring partially or entirely across lower elevations. Deforestation for timber and crop cultivation (Kummer, 1992; Weerd et al., 2003; Panopio and Pajaro, 2014) has reduced the extent of lowland forest in the Philippines by over 90% (Ong et al., 2002; Tanalgo et al., 2015). Between 2002 and 2020, the Philippines lost 151kha of humid primary forest (Turubanova et al., 2018). This level of habitat destruction may especially impact species that have smaller elevational ranges and are thus constrained by elevation (Kattan et al., 1994). Extensive habitat destruction also greatly reduces niche availability, and species with narrow ecological niches are less adaptable to the changes brought about by habitat loss and degradation (McKinney, 1997; Kruger and Radford, 2008; Edwards et al., 2013). We likewise found that high forest dependency was a correlate of extinction risk in Philippine birds.

We found that larger-bodied birds are at increased risk of extinction, consistent with previous studies (e.g., Gaston and Blackburn,1995; Bennett and Owens, 1997; Wang et al., 2018). Larger species may recover more slowly from reductions in population size as a result of slower life histories (Gaston and Blackburn, 1995; Bennett and Owens, 1997), particularly in insular species (Boyer, 2008). Likewise, larger body size may limit population density and therefore a species’ total population size on islands (Boyer, 2008). Since population size is one of the main criteria used by the IUCN to assess a species’ extinction risk (Mace et al., 2008; Le Breton et al., 2019; International Union for Conservation of Nature and Natural Resources, 2020), both of these effects of larger body size would be important for predisposition to extinction. Additionally, larger species are often targeted for hunting and the pet trade, such as Visayan Hornbill (Penelopides panini), Philippine Cockatoo (Cacatua haematuropygia), Blue-naped Parrot (Tanygnathus lucionensis), and Philippine Serpent-eagle (Asian Development Bank, 2018) are thus more susceptible to overexploitation than are smaller species (Beissinger, 2000; Peres and Palacios, 2007; Wang et al., 2018). For example, three large pigeon species disappeared in the early twentieth century from Sibuyan Island in the Philippines, species that were likely locally extirpated despite their broad elevational ranges (Goodman et al., 1995). Intense hunting pressure coupled with the destruction of lowland habitat could have played a large part in the disappearances of these three pigeons (Goodman et al., 1995).

When examining predicted threat status, we found fourteen Philippine endemics not currently listed as threatened by the IUCN Red List (2020) that have predicted threat statuses that would qualify these birds as globally threatened according to our model (Table 1). We also found three threatened species that had higher predicted threats than their current designated ones. These fifteen species may be more threatened with extinction than currently believed based on their ecological correlates of extinction risk, and so should receive heightened conservation attention. Of particular note, we predicted that the LC Philippine Serpent-eagle and NT Writhed Hornbill are, respectively, EN and CR. Both birds are recognized as undergoing population declines, though Philippine Serpent-eagle is not classified as threatened since it occurs over a large range whereas it is noted that Writhed Hornbill is a poorly known species that should be carefully monitored (BirdLife International, 2021). These two species should therefore become bird conservation priorities in the Philippines.

Additionally, there are currently four DD birds in the Philippines, all of which are poorly known, with only a handful of records each within the last couple decades. Using our fitted model, we predicted that two of these birds would have a status of LC and the other two would have a status of NT (Table 1). However, there are some caveats with these findings. While we used congeners of these four species to help fill in information gaps for certain key traits, having more accurate trait information will allow for better predictions of threat status. We also know that IUCN threat status takes into account geographic range size and population size (Mace et al., 2008; Le Breton et al., 2019; International Union for Conservation of Nature and Natural Resources, 2020), which are both likely to be very small for these species. Likewise, elevational ranges used for these species may not be truly reflective for these birds with little-known distributions. Thus, these species are likely to be more threatened than estimated by our models. Future surveys should aim for a better understanding of the distributional limits and biological traits of these DD species in order to better predict and assess their threat status.

The Philippine avifauna has also undergone much taxonomic revision in recent years. In 2000, the number of endemic birds in the Philippines was 172 species (Kennedy et al., 2000), whereas today there are 258 endemic species (BirdLife International, 2021). Much of this change has occurred within the past decade, as birds have been split from extant recognized species (Lohman et al., 2010; Collar, 2011; Rasmussen et al., 2012; Hosner et al., 2013; Campbell et al., 2016; Arndt et al., 2019). We found 12 recently described splits (Table 2) and 11 parent species (Supplementary Table 2) which are likely to have worse threat statuses than their IUCN-designated ones. It is also predicted that the Philippines has a high number of cryptic species that have yet to be formally recognized (Lohman et al., 2010; Campbell et al., 2016), with recent proposals for some cryptic populations being elevated to species (Supplementary Table 2; Lohman et al., 2010; Collar, 2011; Campbell et al., 2016). We found two species with proposed cryptic splits that had higher predicted threat statuses than their IUCN-designated ones (Table 2). As bird species are split, newly split populations will have both a smaller number of individuals and more restricted geographic distributions (Robuchon et al., 2019) than the original parent species. For example, the Philippine clade of the LC parrot species Tanygnathus sumatranus was recently split (Arndt et al., 2019), resulting in the now endemic Blue-backed Parrot (Tanygnathus everetti) being designated as EN by the IUCN Red List (2020). We can therefore expect the number of threatened birds in the Philippines to increase in the future with new taxonomic arrangements.

Between 1988 and 2012, the number of threatened endemic birds in the Philippines increased from 34 (Collar and Andrew, 1988) to 84 species (Panopio and Pajaro, 2014). Today, 93 (36%) endemic species are threatened with extinction in the Philippine Archipelago (BirdLife International, 2021), a 10% increase in the number of endemic avifauna facing extinction in these islands in just under a decade. The families with the highest number of threatened birds in the Philippines are Columbidae, Muscicapidae, Strigidae, and Bucerotidae, with the latter having the highest proportion of threatened species (Figure 4). Approximately 71% of Philippine birds in our study are forest species, so the numbers of threatened birds can be expected to increase if deforestation and degradation of habitats continue at a rate similar to or greater than the recent trends of destruction.
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FIGURE 4. The percentage of species threatened with extinction (IUCN Red List statuses of Vulnerable, Endangered, or Critically Endangered) in each family of Philippine birds. Only families with at least three resident Philippine species are shown. The number of species in each family is shown above each bar. The dashed line represents the mean proportion of threatened birds across these families.


Beyond the Philippines, Southeast Asia contains thousands of islands rich in diversity and endemism, and anthropogenic threats such as habitat degradation and exploitation are severe. In the Philippines, there are 258 endemic species (43% of resident avifauna) and 141 species (24%) with high forest dependence. Across Southeast Asia and Papua New Guinea, this number is 880 (34% of resident avifauna) and 852 species (33%) with high forest dependence. The median elevational range among Philippine avifauna is 1,100 m, and there are 222 species (37%) with a range of 1,100 or less meters. Likewise, there are 503 species (19%) across the broader region with a range of 1,100 or narrower. The median body mass of Philippine birds is also 53 g, and there are 223 species (38%) in the archipelago that weigh this much or more. Likewise, of the birds across the broader region for which there is available information on weight (65% of species), there are441 species (26%) that have a large body size. Our findings thus have important conservation implications for birdlife on islands throughout Southeast Asia, Oceania, and the rest of the tropics. As human activities continue to cause global declines and losses in avian biodiversity, assessing and predicting extinction risk will be even more important as a pre-emptive conservation strategy.



CONCLUSION

In this study, we identify from a broad range of ecological, biogeographical, and life history traits the most important biological correlates of extinction risk in resident Philippine birdlife. Many species are typically affected by more than one type of threat (Davies et al., 2004; Henle et al., 2004; Wang et al., 2015, 2018), and our study is one of the few that collectively analyzes the effects of multiple traits in birds as potential correlates of extinction risk. Endemics, species with narrower elevational ranges, highly forest dependent species, and larger birds are most prone to population declines, and we can use our analyses to predict which species may be at more risk of extinction now and in the near future (Tables 1, 2) to help bring attention to these species and better inform conservation strategies for Philippine birds. With many recently described bird species in the Philippines in the last decade and an increased understanding of the number of cryptic species in the archipelago that have yet to be elevated to species-level (Lohman et al., 2010; Collar, 2011; Campbell et al., 2016), identifying avian ecological traits of extinction risk can be crucial for the conservation of newly described species in the future. If deforestation continues and habitats are further diminished and degraded, particularly in lowland regions, species currently at risk in the Philippines may become extinct and the threat of extinction will expand to other species, including those that have yet to be described. Furthermore, we have a limited understanding of the effects of climate change on tropical birds and the future impacts of climate change on tropical montane forest endemics are likely to be underestimated (Harris et al., 2011; Wormworth and Şekercioğlu, 2011). Urgent action to curtail human impact on biodiversity, especially deforestation, degradation, exploitation and climate change, is needed if the Philippine Archipelago is to retain its unique and diverse avian biodiversity.
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Raptors are emblematic of the global biodiversity crisis because one out of five species are threatened with extinction and over half have declining populations due to human threats. Yet our understanding of where these “threats” impact raptor species is limited across terrestrial Earth. This is concerning because raptors, as apex predators, are critically positioned in ecological food webs, and their declining populations can undermine important ecosystem services ranging from pest control to disease regulation. Here, we map the distribution of 15 threats within the known ranges of 172 threatened and near threatened raptor species globally as declared by the International Union for the Conservation of Nature. We analyze the proportion of each raptor range that is exposed to threats, identify global hotspots of impacted raptor richness, and investigate how human impacts on raptors vary based on several intrinsic (species traits) and extrinsic factors. We find that humans are potentially negatively affecting at least one threatened raptor species across three quarters of Earth’s terrestrial area (78%; 113 million km2). Our results also show that raptors have 66% of their range potentially impacted by threats on average (range 2.7–100%). Alarmingly, critically endangered species have 90% of their range impacted by threats on average. We also highlight 57 species (33%) of particular concern that have > 90% of their ranges potentially impacted. Without immediate conservation intervention, these 57 species, including the most heavily impacted Forest Owlet (Athene blewitti), the Madagascar Serpent-eagle (Eutriorchis astur), and the Rufous Fishing-owl (Scotopelia ussheri), will likely face extinction in the near future. Global “hotspots” of impacted raptor richness are ubiquitous, with core areas of threat in parts of the Sahel and East Africa where 92% of the assessed raptors are potentially impacted per grid cell (10 species on average), and in Northern India where nearly 100% of raptors are potentially impacted per grid cell (11 species). Additionally, “coolspots” of unimpacted richness that represent refuges from threats occur in Greenland and Canada, where 98 and 58% of raptors are potentially unimpacted per grid cell, respectively (nearly one species on average), Saharan Africa, where 21% of raptors are potentially unimpacted per grid cell (one species on average), and parts of the Amazon, where 12% of raptors are potentially unimpacted per grid cell (0.6 species on average). The results provide essential information to guide conservation planning and action for the world’s imperiled raptors.

KEYWORDS
biodiversity conservation, conservation planning, extinction risk, human footprint, human pressure, macroecology, species distribution, threat mapping


Introduction

Raptors—birds within the orders Accipitriformes, Cathartiformes, Falconiformes, Strigiformes, and Cariamiformes (Iriarte et al., 2019; McClure et al., 2019)—are some of the most iconic species on Earth. They are also some of the most endangered, with 18% of raptor species threatened with extinction, and 52% facing declining populations due to human threats (McClure et al., 2018). This is concerning given the important ecosystem functions and services that predator and scavenger species provide. Indeed, raptors are critically positioned in food webs and their loss can trigger top-down trophic cascades that cause an increase in mesopredators and mesoscavengers, altering ecosystem structure and functioning (Sekercioglu, 2006; Buechley and Şekercioğlu, 2016; O’Bryan et al., 2019). Such trophic cascades can result in burgeoning pest species, increased livestock carcasses and organic waste, and prevalence of reservoir species that host dangerous zoonotic pathogens (Markandya et al., 2008; Sergio et al., 2008; Ogada et al., 2012b; Donázar et al., 2016; O’Bryan et al., 2018). For example, the catastrophic decline of vulture populations across the Indian subcontinent in the 1990’s driven by the veterinary drug diclofenac for cattle (Oaks et al., 2004) coincided with an increase in feral dog populations that consumed livestock carcasses (Markandya et al., 2008). This resulted in a spike in human rabies infections and death, as well as a financial burden for the Indian government in treatment costs (Markandya et al., 2008). Therefore, halting raptor declines and ensuring population persistence is important for ecosystem health, human wellbeing, and associated cultural and inherent value.

Our understanding of raptor distributions is growing (McClure et al., 2021), and globally consistent spatial data on raptor geographic ranges are now openly available (BirdLife, 2021). Similarly, knowledge on the human pressures that threaten raptors is also improving (Carrete et al., 2009b; McClure et al., 2018). Indeed, conversion of habitat for agriculture or aquaculture is the most common threat across all raptor species, followed by logging and wood harvesting, and hunting and trapping (McClure et al., 2018). Poisoning (both direct and indirect), collisions and electrocution with service lines and energy facilities such as wind turbines are also major threats to raptors (Lehman et al., 2007; Carrete et al., 2009a; Ogada et al., 2016; Krone, 2018). However, data on the spatial distribution of threats to biodiversity has historically been lacking (Joppa et al., 2016), especially at fine resolutions necessary for conservation decision making (Venter et al., 2016b). Previous efforts to analyze human impacts on raptors have mapped a small number of their threats, including poisoning, potential wind farm collisions, and general indices of human pressure within raptor ranges (Santangeli et al., 2019a). Past studies have also assessed the overlap between raptor distributions and areas of political instability and violent conflict (Santangeli et al., 2019b), and identified raptor conservation priorities based on extinction risk and scientific attention (Buechley et al., 2019). These studies provide important information for conservation, but they have been constrained by the number of species they assess (e.g., only accipitrid vultures), by their geographical extent (e.g., only the global south), by the spatial resolution at which they analyze threats (e.g., using extinction risk as a range-wide proxy of threat exposure), and involve small subsets of the possible threats to raptors [e.g., four out of a possible 45 identified threats (IUCN, 2022)]. To date, a comprehensive global-scale analysis of threats within the geographic ranges of raptors is lacking, representing a gap in our ability to effectively prioritize conservation actions (Tulloch et al., 2015).

Mapping threats within species ranges is key to support targeted threat management efforts, which will help raptor conservation groups to identify priority sites for conservation action (Wilson et al., 2007; Auerbach et al., 2015). Recent studies have mapped high resolution threat data (e.g., global maps of human pressure; Venter et al., 2016a; Kennedy et al., 2019; Bowler et al., 2020) within the distributions of threatened vertebrate species to identify where potential human impacts are occurring (Allan et al., 2019; Delsen et al., 2020; Gallego-Zamorano et al., 2020; O’Bryan et al., 2020). These studies have shown that the threats that drive species declines can often be extensive within those species’ ranges, or even cover their entire ranges, making their survival dependent on conservation action. The utility of a similar analysis focusing on raptors would help in identifying and prioritizing species and areas that require urgent conservation action and investment.

Here, we aim to determine the human impacts on the world’s imperiled raptors using a recently published database that contains information on the ranges of 172 threatened raptor species (BirdLife, 2021), the distribution of eight major threats and 15 sub-classes of threats to raptors, as identified by the International Union for the Conservation of Nature (IUCN, 2022). These threats include the main drivers of each species’ extinction risk and population decline, and the database contains maps of the distribution of threats within the ranges of species that are specifically sensitive to each threat (Allan et al., 2019). We first identify global hotspots of impacted raptor richness, followed by “coolspots” that act as refuges from threats, and we then explore the impacts of each individual threat. We then analyze the proportion of each raptor range that is exposed to threats and investigate how human impacts on raptors vary based on several conservation-relevant factors, including species extinction risk, habitat preferences (e.g., forest dependence McClure et al., 2018), ecological traits (e.g., generation length, body size, and range size), and migratory status. Our work represents the first global spatial analysis of human impacts on threatened raptors.



Materials and methods


Spatial data on threatened raptor ranges

We obtained extent-of-occurrence maps on the native and reintroduced distributions of all (n = 177) threatened and near threatened raptor species from BirdLife International (January 2021.1 version). We focused on threatened or near threatened raptors because they have been comprehensively assessed by the IUCN and contain information on species-specific threats known to cause their extinction. We only considered the extant and possibly extant parts of each species distribution in our analysis, including the migratory, breeding, and wintering ranges, and excluding ranges of possibly extinct (just Glaucidium mooreorum) or extinct species. We excluded parts of species’ ranges with uncertain or no current records of species presences as assessed by the IUCN, as well as introduced and vagrant species and species with unknown origin. This was done by deleting the polygons within a species range that had these uncertainty characteristics according to the IUCN. We also excluded four species: Otus feae, Otus insularis, Buteo galapagoensis, and Falco araeus whose distributions did not overlap with the extent of the spatial threat data. Although the threat data are global in scope, they do not extend to some of the world’s more remote or smaller islands. This resulted in 172 raptor species for the analyses (Supplementary Table 1).



Spatial data on threats to raptors

We utilized spatial data on the distribution of forest loss from Global Forest Change (Hansen et al., 2013). Forest loss is defined as a stand-replacement disturbance, or a change from a forest to a non-forest state for the years 2001 through 2019 at a 30 m resolution (Hansen et al., 2013).

We obtained the majority of the spatial data on the distribution of threats from the global human footprint maps (Venter et al., 2016a). This includes high resolution (1 km2) globally comparable maps of built environments, human population density, electric infrastructure, crop lands, pasture lands, roads, railways, and navigable waterways for the year 2009 (Venter et al., 2016a). The data have been validated for accuracy and are one of the most up-to-date and comprehensive cumulative threat maps available (McGowan, 2016).

Each underlying layer in the human footprint is scaled between 1 and 10 based on its estimated harm to the environment. Following Allan et al. (2019), we converted each individual threat layer to binary, considering threats as present or absent in any 1 km2 pixel. We did this because there is no standardized data on the relative severity of threats to individual raptor species. For continuous data we set cutoffs beyond which a threat was considered absent (e.g., we consider the threat of roads present up to 3 km on each side) (Table 1). We adopt the same cutoffs as Allan et al. (2019) for consistency as they assessed the impacts of threatened vertebrates, including > 2,000 threatened terrestrial bird species.


TABLE 1    Scores assigned to individual threats in the Human Footprint, GlobalData, and Global Forest Change (Hansen et al., 2013; Venter et al., 2016a; GlobalData, 2018), the method by which the human footprint scores were originally designated, and the threshold scheme used to convert the scores into binary (1 = present or 0 = absent) for our impact analyses following (Allan et al., 2019).
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In addition to the human footprint data and forest loss data, we also obtained data on the spatial distribution of onshore wind-power facilities from the GlobalData Power Database (GlobalData, 2018). We only included operational facilities that are classified as “active” in the source database. This is one of the most complete global collections of electricity generation facility information available, and has been validated with a high degree of accuracy (Rehbein et al., 2020). Because local perceptions may influence what is considered a “large” facility, we use a 1 MW (MW = MegaWatt) threshold to represent utility-scale turbines (>50 m) (DOE, 2018). Utility-scale facilities are composed of increasingly larger turbines that are on average 75–90 m in height (max 200 m), with an average rotor diameter of 115 m (max 165 m) (DOE, 2018). Modern onshore facilities have one additional turbine for every 1.5–5 MW, and each turbine requires an average area of 0.3 km2 from 0.2 to 1 km2 to operate optimally (Tabassum et al., 2014; Rinne et al., 2018). Therefore, we considered wind turbines present as a threat in a 30 × 30 km grid cell if the facility’s total nominal capacity is > 1 MW. This scale accounts for most facilities having multiple turbines, and for alterations in bird flight patterns and habitat selection in proximity to turbines (May, 2015). See Supplementary Figure 1 for the spatial extent of all threats used in this analysis.



Mapping raptor-specific threats

We identified where spatial data on threats directly or indirectly correspond to biodiversity threats as listed by the IUCN Red List, following Allan et al. (2019). This enabled us to map eight out of 12 major threat classes and 15 out of 45 sub-classes of threats (IUCN, 2022; see Table 2 for a full list of possible threats to species). Although the 15 threats we mapped do not include every possible threat (e.g., direct or indirect poisoning), our list is the most comprehensive global analysis of human impacts on raptors to date and includes many drivers of biodiversity declines globally (Maxwell et al., 2016). For instance, numerous forms of agriculture, urban development, wind energy, and transportation corridors are directly accounted for by our threat data, while biological resource use and overexploitation through hunting, pollution, human disturbance, utility lines, and invasive species are indirectly accounted for by human population density, roads and navigable river networks that act as proxies (Canning, 1998; Trombulak and Frissell, 2000; Laurance et al., 2006; Meunier and Lavoie, 2012; Levin et al., 2015; Benítez-López et al., 2017; Symes et al., 2018; Allan et al., 2019).


TABLE 2    Major classes and sub-classes of threats to biodiversity as classified in the IUCN Red List of Threatened Species (IUCN, 2022), and the corresponding spatially explicit threat variable from the updated Human Footprint, GlobalData, and Global Forest Change (Hansen et al., 2013; Venter et al., 2016a; GlobalData, 2018).
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Analyzing human impacts within individual species distributions

If a spatial threat layer is present within a species’ range, and the species is sensitive to that threat according to the IUCN Red List, then we considered the threat to be potentially impacting the species where they overlap. We calculated this overlap for all species and all their species-specific threats at a 1 km2 resolution globally for all threats except wind turbines, which were calculated at a 30 × 30 km resolution as described above. We also identify where multiple threats overlap. All GIS analyses were conducted in ArcGIS 10.8 (ESRI) in a Mollweide equal area projection.



Mapping hotspots and coolspots of cumulative human impact

We estimated and mapped cumulative human impacts using a 30 × 30 km grid, which is an acceptable resolution for reducing commission errors (i.e., false presences) when working with species range maps (Di Marco et al., 2017). There is much debate concerning the ideal resolution of geographic range maps, with suggestions ranging from 10 km2 (Jenkins et al., 2013) to > 100 km2 (Hurlbert and Jetz, 2007). The 30 × 30 km resolution here represents a middle ground and enables comparisons with similar studies (Allan et al., 2019). We scored a potential impact if a species’ geographic range was present in a grid cell, and at least one threat to which it is sensitive is also present, using a GIS (ESRI ArcGIS v10.8). An overlap was determined if a species or threat had any overlap with a grid cell, which was accomplished by intersecting grid cells with the geographic distributions of threats and raptor ranges. We then summed all impacted species in a grid cell to estimate cumulative human impact (hotspots of impacted species richness). Following similar methods, we considered a cell a refuge if a species was present but no mapped species-specific threats were present. We then summed those species per grid cell to get a cumulative score of unimpacted species richness (coolspots). We also calculated the proportion of species impacted (or unimpacted) per grid cell by taking the number of impacted/unimpacted species for a grid cell and dividing by the richness of threatened raptors in that grid cell. We aggregate and present results at the country and biome scale. Biomes represent distinct bio-geographic units (Olson et al., 2001).



Post hoc analyses: Human impacts and raptor biological traits

We performed an analysis with a random forest algorithm to investigate the extent to which species intrinsic traits (body mass, generation length, forest dependency, raptor group, and nocturnality) and other factors (range size, extinction risk category, and taxonomic order) predict the proportion of a raptors range that is impacted by threats. Species trait data were compiled from multiple sources including the EltonTraits 1.0 database for body size (Wilman et al., 2014), and Bird et al. (2020) for generation length. Information on forest dependency (high, medium, low/non-forest), nocturnality, and if a species is migratory or not (including partial migrants), was extracted from BirdLife (2021). We used a random forest algorithm because it is insensitive to data distribution, does not assume data independence, can take a large number of potentially collinear variables, and handles higher-order interactions (Cutler et al., 2007). Random forest algorithms have also been used previously in research evaluating effects of ecological aspects on extinction risk among phylogenetically related species, including raptors (Buechley et al., 2019). For this analysis, we excluded families with less than 10 species (Sagittariidae, Cathartidae, and Tytonidae families), to avoid issues related to imbalanced datasets that may lead to inflated performance estimates (Evans et al., 2011). We carried out a sensitivity analysis where we included these species but found the patterns of the results did not change while the model explained less variance. Random forests were run using an unbiased tree algorithm because unbiased trees do not artificially favor splits in variables with many categories or continuous variables (Hothorn et al., 2006). The relative importance of predictor variables driving the proportion of range impacted was estimated using a conditional variable importance measure (Strobl et al., 2009). This measure is based on a random permutation of predictor variables and is supposed to be unbiased when predictor variables are correlated. We set the number of trees to 500, whereas the number of classification variables used to calculate the split at each node (mtry = 2) was estimated using the function Tune in R. All analyses were performed using the package “randomForest” in R version 4.0.2 (Liaw and Wiener, 2002).




Results


Global hotspots and coolspots of human impact on raptors

Our results show that humans are potentially negatively impacting at least one threatened raptor species across three quarters of Earth’s terrestrial area (78%; 113 million km2). Hotspots of human impact on threatened raptors occur predominantly in the Sahel region of Africa, parts of East Africa, Northern India, and southeastern South America (Figure 1A). Countries with the highest potential impacts include Ethiopia (16 species potentially impacted per grid cell on average), and Eritrea, Kenya, and Rwanda (14 species potentially impacted per grid cell on average) (Supplementary Table 2). These scores are considerably higher than the global average of 3.9 species impacted per grid cell. The highest impacts within Earth’s Biomes are in montane grasslands and savannas and deserts and xeric shrublands where eight species are impacted in a grid cell on average, followed by flooded grasslands and savannas (six species on average) and tropical and sub-tropical grasslands and savannas where five species are impacted in a grid cell on average (Table 3).
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FIGURE 1
The number of threatened and near threatened raptor species (n = 172) impacted in a grid cell by at least one threat (A). The number of raptor species in a grid cell not impacted by any threats (B). The percentage of raptor species in a grid cell impacted by at least one threat (the inverse of which is the percentage not impacted) (C). And the richness of threatened and near threatened raptors (D). Maps use Mollweide equal area projection and a 30 × 30 km grid.



TABLE 3    The average number and proportion of raptor species impacted or not impacted by threats, including the total number of raptors, in each of Earth’s biomes as defined in Olson et al. (2001).
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Unimpacted species occur across 22% of Earth’s terrestrial surface with potentially impacted and unimpacted species co-occurring across just four percent (31.5 and 6 million km2, respectively; Figure 1B). Coolspots of unimpacted raptor richness are found throughout the Amazon in South America, Sarahan Africa, and the Himalayas in central Asia. The highest number of unimpacted species in a single grid cell is 13, located in Niger and Namibia. Other coolspots of note include Botswana, Mauritania, and Suriname (two unimpacted species per grid cell on average). Although the number of species unimpacted is low across all biomes, the biome with the most unimpacted species is the tundra, with nearly one species not impacted per grid cell on average. This is followed by temperate grasslands savannas and shrublands, and flooded grasslands and savannas where just 0.6 species are not impacted on average (Table 3).

The proportion of impacted vs. unimpacted species in a grid cell is an important metric to correct for species richness (Figures 1C,D), which is one of the key drivers of the global patterns of hotspots and coolspots. Areas with high proportions of impacted species per grid cell are ubiquitous across South America, Africa, Asia, and Oceania. On average, far more raptors are impacted in a grid cell than not (4 vs. 0.3), with 77% of species impacted in a grid cell on average. The majority of countries have > 90% relative impacts per grid cell on average (153 countries). Some countries with the lowest relative impacts include Greenland (2% of species impacted on average), followed by Canada (41% of species impacted on average) and Niger (53% of species impacted on average). Tropical and subtropical moist broadleaf forests and tropical and subtropical coniferous forests had the highest proportional impacts of all Biomes (99.9% of species impacted on average; Table 3).

Of the 15 IUCN threats we mapped (directly or indirectly), all are potentially negatively impacting raptors within their ranges (Figure 2). The threat potentially impacting the most raptors is “logging and wood harvesting” (IUCN sub-class 5.3, mapped using forest loss data), with 125 raptors (73%) potentially impacted, followed by “cropping” (IUCN sub-class 2.1, mapped using crop lands data; n = 122; 71%), and “hunting” (IUCN sub-class 5.1, mapped using navigable waterways, population density, and roads data; n = 84; 49%) (Table 4). The IUCN sub-class threats of “logging and wood harvesting” as well as “cropping” also impact the most species per grid cell on average (4.9 species) followed by “agriculture and forestry effluents” (IUCN sub-class 9.3, mapped using crop lands data; 4.5 species) and “utility and service lines” (IUCN sub-class 4.2, mapped using roads data; 3.7 species), suggesting that these threat categories are particularly harmful when they co-occur with raptor species (Table 4). For further information on the proxy threat layers used to map each IUCN sub-class threats see Table 2.
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FIGURE 2
Hotspots of where individual threats as listed by the International Union for Conservation of Nature (IUCN) are potentially impacting threatened raptors (n = 172). Scales represent the number of species impacted by the threat in a grid cell. Hotspots of potential impact are in dark red. Maps use a 30 × 30 km grid and a Mollweide equal area projection. Note that some IUCN sub-class threats are mapped using the same proxy layers (e.g., IUCN sub-class threat 1.1 and 1.2 are mapped using nightlights and built environments, see Table 2) and that the differences in distribution for these are driven by the distribution of impacted raptors.



TABLE 4    Threats listed by the International Union for Nature Conservation (IUCN) and the maximum and average number of species they impact per grid cell, and the total number and percentage of species they impact.
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Impacts within individual raptor ranges

We found that on average, 65.9% of a raptor species’ range is impacted by the threats that are known to directly drive raptor population declines and extinctions (range 2.7–100%; Supplementary Table 1). Of the 172 raptor species analyzed, one third (33%, n = 57) have > 90% of their range impacted by threats, including species such as the Forest Owlet (Athene blewitti), the Madagascar Serpent-eagle (Eutriorchis astur), and the Rufous Fishing-owl (Scotopelia ussheri) that have their entire range impacted. Disconcertingly, 16 species (10.8%) have > 99% of their range potentially impacted (Supplementary Table 1). Only 11 species have > 90% of their ranges free from potential impacts according to our analysis.

Raptor species that are highly threatened with extinction are disproportionately impacted by threats within their ranges compared to less threatened species. Specifically, raptors listed as Critically Endangered species have on average 90% (±SD 19%) of their range potentially impacted by threats (n = 15), followed by 80% (±SD 22%) for Endangered species (n = 34) and 64% (± SD 27%) for Vulnerable raptors (n = 59), while Near-threatened species ranges are on average of 54% (±SD 32%) impacted (n = 64). The extent of human impacts within raptor ranges varied considerably across orders, with Falconiformes and Cathartiformes most impacted with 79% (±SD 23%) and 78% (±SD 0.6%) of their ranges exposed to threats on average, respectively. Migratory raptors (including full migrants but excluding altitudinal migrants because those migrations are small relative to the spatial extent of this analysis) have larger proportions of their range impacted by threats (75.5% on average; ± SD 22.6%) than non-migratory raptors (64.1% on average; ± SD 30.7%). However, nomadic raptors that move in response to seasonal resource availability (n = 4; Elanus scriptus, Sagittarius serpentarius, Falco hypoleucos, Circaetus beaudouini) have the largest proportion of their range impacted by threats (79.3% on average; ± SD 18.6%).

The random forest algorithm shows that body size and generation length are the strongest predictors of the proportion of a species range potentially impacted by threats (27% of the variance explained). Species with longer generations and higher body mass tend to be slightly more impacted than shorter lived and smaller species (Figure 3). Although range size shows a high variable importance compared to other variables (Figure 3A), our model does not show a clear relationship between range size and the proportion of the range impacted (Figure 3D). Other variables included in the model (IUCN threat status, raptor group, forest dependency, nocturnality, and raptor family) showed very little predictive power.
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FIGURE 3
The relative importance of each variable in the random forest model at predicting the proportion of a species range impacted by threats (A), and partial dependence plots of the strongest predictors including; body mass (B), generation length (C), and range size (D). The gray shaded areas in (B–D) represent 95% confidence intervals.





Discussion

This is the first global spatial analysis of threats within the ranges of threatened and near threatened raptor species. We only mapped threats within a raptor range if that species is known to be endangered by that specific threat. In doing so, we identified places where humans are potentially negatively impacting the world’s raptors. We found that on average two-thirds of a threatened or near threatened raptor range is potentially impacted by threats (27% of the variance explained). This is higher than the global average for threatened or near threatened vertebrates (38%) and birds (37%) (Allan et al., 2019; O’Bryan et al., 2020). Our result is consistent with studies suggesting raptors are one of the most disproportionately threatened groups of species worldwide (Şekercioğlu et al., 2004; Buechley and Şekercioğlu, 2016; Buechley et al., 2019; McClure and Rolek, 2020), but demonstrates this with a new metric: the extent of a species range exposed to threats.

We found that the IUCN sub-class threats potentially impacting the most raptors included “logging and wood harvesting” along with “cropping” and “hunting and trapping.” Deforestation due to agricultural expansion and logging has been found to be a leading extinction threat for raptors globally (Thiollay and Meyburg, 1988; McClure et al., 2018), with species losing reproductive viability and habitat suitability as deforestation increases (e.g., with Harpy Eagles in Brazil, Miranda et al., 2021). Our findings for the threat of “hunting and trapping” may be partly a result of using human population density and accessibility via roads and waterways as a proxy for hunting threats because global spatial layers that quantify hunting are absent. Similarly, “utility and service lines” were mapped using these proxies and are widespread and can have devastating impacts on raptors. For example, a study in Mongolia found 490 electrocuted Saker Falcons (Falco cherrug) along a single power line in 2013–2014 (Dixon et al., 2020), and a study in Sudan suggests that persistent mortality along power lines is a key driver of Egyptian Vulture (Neophron percnopterus) declines (Angelov et al., 2013).

The global hotspots of human impacts on raptors that we have identified are mostly consistent with studies that have mapped raptor conservation priorities (Buechley et al., 2019; Santangeli et al., 2019a). East Africa and parts of Latin America and the Indian sub-Continent, especially the Himalayas, often contain hotspots of richness, threat, human impact, and conservation priority regardless of the methods or metrics used. An interesting difference between our study and others is that Southeast Asia does not emerge as a top global hotspot of human impacts on raptors, while others suggest Southeast Asia, especially Indonesia, as the highest global priority for raptor conservation and research (McClure et al., 2018, 2020; Buechley et al., 2019). A plausible reason for this difference could be spatial resolution—our analysis is grid-based while previous studies aggregated information at the country or ecoregion level and thus do not account for the extent of species ranges within those countries and may estimate high national level priority in places with many small-ranged species (McClure et al., 2018). For example, Indonesia is tied for the second-greatest (n = 13) species richness of threatened raptors in the world (McClure et al., 2018). Yet, any particular grid cell within the country is unlikely to contain many species because the threatened raptors within Indonesia have small ranges that are unlikely to overlap.

Interestingly, migratory raptors had larger proportions of their ranges exposed to threats than non-migratory raptors. This suggests that the breeding and non-breeding sites as well as the area raptors traverse between breeding and non-breeding sites contains substantial human pressures that threaten raptors with extinction, pointing to the need for minimizing threats across all portions of a species’ range. A Memorandum of Understanding on the conservation of migratory birds of prey has been signed by 61 range states—nations that contain ranges of raptors—under the Convention on Migratory Species (CMS, 2014). The aim is for nations to take coordinated measures to reduce raptor declines and return them to a favorable conservation status. A key step is for nations to prepare national action plans; however, only a handful of countries have done so to date. This is concerning given that migratory raptors are strongly exposed to threats. Our analyses could potentially help to inform raptor action plans. By mapping species and their specific threats, our analytical framework provides the basis for analyses that prioritize species and threat-specific management actions globally (Tulloch et al., 2015). This would ensure that conservation interventions provide the greatest biodiversity return on investment (Cattarino et al., 2015). Encouraging nations to prepare action plans and meet their CMS commitments is crucial for successful raptor conservation across international boundaries.

Our analysis of the traits that predict the proportion of a species, range impacted by threats shows that large-bodied species with slow life histories are more extensively impacted. These traits are also among the key predictors of raptor extinction risk (Buechley et al., 2019). It is important to note that the confidence intervals in our analysis are large, and variables including extinction risk, habitat preference, nocturnality, and forest dependency showed low predictive power.

Our analysis also has other caveats worthy of discussion. We highlight potential impact, but there may be cases where impacts are not occurring or have not been yet realized in the population. And many of the threats are mapped using proxy layers, for example the use of nightlights for the IUCN threat of recreational activities (a relationship shown for protected areas but not for other regions; Levin et al., 2015). Further, although the data used in our analysis may become more accurate in the coming decades, our analysis is limited by available coarse data on species distributions, threat assessments, and human pressures, with some potential for multicollinearity across threat layers. Although local decision-makers can use our findings as a guide, they should also harness more nuanced and locally accurate maps of threats and species’ distributions (Efrat et al., 2020). We are also limited by the time-frame of our threat data, and recent development and planned development for the future (e.g., wind farm and power line expansion in the eastern African-Eurasian flyway) will result in even larger proportions of the species ranges being impacted, particularly for migratory species. Moreover, our estimates of impacts on raptors are likely conservative because we are limited to species’ extent of occurrence and not the area of occupancy. This likely produces underestimates for threats that are mapped at fine scales (e.g., forest loss). Our results are also conservative because we could not account for all possible threats. For example, we did not include invasive species, human overharvesting, poisoning, climate change, and pollution, all of which can imperil raptors (Speziale and Lambertucci, 2013; Sarasola et al., 2018). Poisoning is an especially important threat for old world vultures and future studies would benefit from its inclusion. Santangeli et al. (2019a) mapped poisoning risk to old world vultures using human-carnivore conflict as a proxy. Nevertheless, scaling this up to a globally consistent and comparable map of poisoning is challenging given the global diversity of poisoning ranging from lead used in hunter bullets in the United States to cyanide poisoning of carnivores in Africa where scavenging raptors are indirectly killed, and carbofuran poisoning of Andean condors (Vultur gryphus) in Argentina (Alarcón and Lambertucci, 2018). Poisoning is also a leading cause of mortality for many species in Europe (e.g., Ogada et al., 2012a). Additionally, many of the threats we assess vary spatially and according to cultural and socio-economic conditions. For example, for the IUCN sub-threat 9.3 “Agriculture and forestry effluents,” the types and regimes of pesticide use are likely to be very different in Europe compared to the Sahel of Africa. Lastly, we found that owls (Strigiformes) were one of the least impacted raptor groups. However, this may be due to biases in research, knowledge, and threat data availability favoring diurnal raptors, since owls are the least studied raptor group globally (Brambilla et al., 2015; McClure et al., 2018; Buechley et al., 2019). As such, future research can focus specifically on threats to nocturnal raptors (Buechley et al., 2019).

There is room for hope because many if not all of the threats we mapped can be mitigated through in situ conservation action or smart policy to regulate threats. For example, one of the rarest raptors in the world, the Spanish imperial eagle (Aquila adalberti) suffered high mortality due to electrocutions on power lines, yet after the Spanish government established mandatory rules for power line design to minimize electrocution risk in the 1990’s the number of electrocuted birds has decreased substantially (López-López et al., 2011). This policy change was coupled with supplementary feeding efforts to improve the fledging rate, and together mean the Spanish imperial eagle population has increased (González et al., 2006). Another good example is the Ridgeway’s Hawk (Buteo ridgwayi) in the Dominican Republic that faces multiple threats including hunting, habitat loss, invasive species, and utility lines. This cocktail of threats was so intense that assisted dispersal was required to move young hawks to safer territory and expand the species’ range, while simultaneously retrofitting powerlines to reduce electrocution risk (McClure et al., 2017). These conservation efforts have been successful and there are now > 400 hawks in three distinct populations (up from < 300 in one population) (Watson, 2018).

Conservation of the world’s raptors requires understanding the individual and combined threats within their geographic distributions (McClure et al., 2018). Although our study is the first to map the threats that are known to drive declines of the world’s raptors, there is opportunity for enhancing our knowledge on the vast number of human threats that imperil these species globally. Our results point to many raptors being exposed to both active and passive threats, meaning that conservation practitioners must employ a diverse set of actions to ameliorate risk of further population declines. However, our results also point to gaps in our knowledge on threats to raptors, with nocturnal species such as owls potentially lacking critical information on what could cause their extinction. It is our hope that our work stems more nuanced investigation on human-derived threats to raptors, with a focus on mapping active threats such as retaliatory killings, poaching pressures, habitat fragmentation, and climate change. Future work can also investigate the areas where raptors have gone extinct or lost historic range and assess prevalence of threats to inform future restoration efforts.

Raptors are critical elements in ecosystem food webs that have direct and indirect contributions to human health and wellbeing (O’Bryan et al., 2018). Multiple studies have shown that raptors are declining at an unprecedented rate, potentially with many impending extinctions (McClure et al., 2018; Buechley et al., 2019). This will undoubtedly have adverse effects on ecosystem structure and function and affect human society. The socio-ecological cascades resulting from raptor declines range from burgeoning disease risk due to increased organic waste (Gangoso et al., 2013; Plaza et al., 2020) and increased financial burden due to control of crop pests and associated losses (Kross et al., 2012, 2016). Therefore, protecting the world’s raptors is a global imperative for biodiversity conservation, and for human society.
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Intercept 85.682 26.948 3.180  0.001
Habitat-both? —0.044 0.465 —0.094  0.925
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(phi): Estimate = 12.761, SE =4.114, z = 3.102, P = 0.002. @Artificial-habitat is the
reference category. °Method-apparent nest success is the reference category.
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wi, AlICc weight; NAge, nest age; LCl low 95% CI; UCI, upper 95% CI; Density, number of nests in 25-m radius; T, nesting season; Precip., 1-day lag precipitation;

Position, nest relative position to the dike/islet. 2Position top is the reference category. ®Pond | is the reference category. ©Year 2011 is the reference category.
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AlCc, Akaike’s information criterion for small sample sizes; wi, AICc weight; K, number of parameters; NAge, nest age; T, nesting season, Precip., 1-day lag precipitation;
density, number of nests in 25-m radius; position, nest relative position in the dike/islet. AICc of the top models was 1,497.791.
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Year Nest found Fate Success Fail during Fail during Apparent nest DSR* Cumulative nest success

unknown laying incubation success
2015 165 0 89 44 33 53.61% 0.970 (0.965, 0.975) 0.442 (0.379, 0.503)
2016 310 9 146 87 68 48.50% 0.968 (0.961, 0.973) 0.410 (0.343, 0.476)
2018 376 39 173 86 78 51.34% 0.975 (0.968, 0.981) 0.507 (0.410, 0.596)
Total 851 48 408 217 179 50.81% 0.970 (0.967, 0.973) 0.443 (0.401, 0.483)

*DSR of each year was estimated from model with only factor of year; DSR of total was estimated from constant model.





OPS/images/fevo-09-622756/fevo-09-622756-t001.jpg
Parameters

Nest age

Nesting season

Nest visit
Year

Pond

Habitat

Position

Distance to nearest nest

Density

Precipitation

Description

Nest age each day that it is active based on
estimated initiation date

Date that at least 1 nest under surveillance
(April 20-June 29)

Nest visited by researchers on each day
Research year

The evaporation pond of nesting sites. Ponds |
and I: Active evaporation ponds, Pond Ili:
temporarily abandoned evaporation pond.

(1) temporarily inactive evaporation pond (pond
ll); (2) dike isolated by water in evaporation
pond (A and G dikes); (3) accessible dikes
connected to road (B-F and H dikes); and (4)
islet in evaporation pond (islet J)

Position of the nest in dikes or islets as top,
slope, and bottom (nests in pond IIl without
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Expansions and Contractions

Expand upslope Covariate Coefficient SE Summed weights AAICc <2 (4) AAICc < 6 (42)
n =224 HWI 0.88 0.32 0.92 4 41
R2 =0.16and 0.13 Foraging strata —-0.74 0.31 0.84 4 34
Forest dependency —0.61 0.33 0.59 2 23
Body mass 0.49 0.31 0.53 2 24
Location 1 4 42

Expand downslope Covariate Coefficient SE Summed weights AAICc <2 (4) AAICc < 6 (41)
n =60 Body mass -0.87 0.45 0.63 3 23
R? = 0.33 and 0.26 Location 0.97 41

Contract downslope Covariate Coefficient SE Summed weights AAICc <2 (4) AAICc < 6 (52)
n=295 Foraging strata 1.43 0.60 0.83 4 42
R2 =0.41and 0.35 Territoriality —1.21 0.61 0.65 3 33
Elevational range —1.13 0.69 0.53 3 25
Location 1 4 52

Contract upslope Covariate Coefficient SE Summed weights AAICc <2(3) AAICc < 6 (47)
n =151 Forest dependency —-1.07 0.47 0.80 3 39
R?=0.17 and 0.12 HwI 0.88 0.48 0.64 28
Location 0.95 3 47

Analyses were conducted on upslope expansions (upper limits that shifted upslope), downslope expansions (lower limits that shifted downslope), downslope contractions
(upper limits that shifted downslope), and upslope contractions (lower limits that shifted upslope). For each multi-model analysis, we present results for the top model
(lowest AIC.) including the sample size, multiple and adjusted R? or pseudo R?, the covariates present in the model, and their associated coefficients and standard errors.
For each covariate we present the summed model weights of those covariates across all models in the set, and the number of competing models (AAIC; < 2, AAIC: < 6)

that contained those covariates. The total number of competing models (AAIC. < 2, AAIC. < 6) is given parenthetically.
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Study Site Location Lat. Long. Min. Max. Elev. Start End Years Method No. Elev. positions

elev. (m) elev. (m) range (m) year year species estimated

Campos-Cerqueira et al., El Yunque Puerto Rico 1817 —65.47 181 1011 860 1998 2015 17 Point 21 Upper limits
2017 National Forest counts Lower limits
eate-Clegg et al., 2018 Cusuco Honduras 16.3 —88.2 679 2183 1504 2007 2019 12 Point 31 Upper limits
National Park counts ean elev.

Lower limits

Forero-Medina et al., 2011b  Cerros del Sira Peru —-9.27 —74.4 690 2220 1530 1969 2010 41 Mist netting 55 ean elev.
Freeman et al., 2018b Cerro de Peru —12.34 —71.23 470 1415 945 1985 2017 32 Mixed 123 Upper limits
Pantiacolla ean elev.

Lower limits

eate-Clegg et al., 2020b Nyungwe Rwanda —2.28 29.12 1767 2940 1173 1997 2011 14 Point 51 Upper limits
National Park counts ean elev.

Lower limits

eate-Clegg et al., 2021 Usambara Tanzania —4.56 38.26 318 2090 1772 1980 2019 39 Mist netting 29 Upper limits
ountains ean elev.

Lower limits

Freeman and Class ount Karimui New Guinea —6.34 144.45 1130 2520 1390 1985 2012 47 Mixed 138 Upper limits
Freeman, 2014 Lower limits
Freeman and Class Karkar Island New Guinea —4.38 145.58 800 1600 800 1969 2013 44 Mixed 26 Upper limits
Freeman, 2014 Lower limits
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A Overall shift rates
Mean Elevation Covariate Coefficient SE Summed weights AAICc < 2 (5) AAICc < 6 (43)
n =235 Body mass —1.08 0.30 0.99 8 43
R?2 = 0.06 and 0.06 Territoriality -0.78 0.30 0.72 4 30
Lower Limits Covariate Coefficient SE Summed weights AAICc <2 (3) AAICc < 6 (55)
n =236 Body mass —0.82 0.41 0.7 2 34
R? =0.11 and 0.08 Location 0.99 55
Upper Limits Covariate Coefficient SE Summed weights AAICc < 2 (4) AAICc < 6 (46)
n =346 Territoriality -0.92 0.38 0.84 41
R? =0.10 and 0.08 Location 1 46
B Shift direction
Mean Elevation Covariate Coefficient SE Summed weights AAICc < 2 (5) AAICc < 6 (56)
n=215 Body mass 0.63 0.16 1 5 56
pseudo-R? = 0.12 Territoriality 0.35 0.16 0.78 39
Lower Limits Covariate Coefficient SE Summed weights AAICc < 2 (7) AAICc < 6 (114)
n=211 Location 0.61 5 66
pseudo-R? = 0.09
Upper Limits Covariate Coefficient SE Summed weights AAICc < 2 (26) AAICc < 6 (189)
n=319 Body mass 0.21 0.13 0.6 18 102
pseudo-R? = 0.11 Territoriality 0.27 0.18 0.58 17 104
Location 0.92 26 169
c Absolute shift rates
Mean Elevation Covariate Coefficient SE Summed weights AAICc < 2(2) AAICc < 6 (28)
ni=235 Elevational range 0.85 0.24 0.99 2 28
R? =0.18 and 0.16 HWI 0.73 0.22 0.96 2 28
Foraging strata —-0.57 0.21 0.92 2 27
Location 0.75 2 20
Lower Limits Covariate Coefficient SE Summed weights AAICc < 2 (22) AAICc < 6 (143)
n =236 HWI 0.65 0.35 0.74 19 96
R2 = 0.02 and 0.01 Elevational range 0:55 0.35 0.55 13 74
Upper Limits Covariate Coefficient SE Summed weights AAICc <2 (3) AAICc < 6 (31)
n =346 Foraging strata —-0.87 0.28 0.98 3 31
R? =0.19and 0.17 HWI 0.99 0.29 0.97 3 31
Body mass 0.52 0.28 0.68 2 19
Location 1 3 31

Overall shift rates were analyzed (A), as well as the proportion of downslope shifts (B), and the absolute shift rates (C). Analyses were conducted on the mean elevations,
lower elevational limits, and upper elevational limits of species. For each multi-model analysis, we present results for the top model (lowest AlC¢) including the sample
size, multiple and adjusted R? or pseudo R?, the covariates present in the model, and their associated coefficients and standard errors. For each covariate we present the
summed model weights of those covariates across all models in the set, and the number of competing models (AAIC. < 2, AAIC. < 6) that contained those covariates.

The total number of competing models (AAIC: < 2, AAIC. < 6) is given parenthetically.
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Gone or missing

On the brink

Species

Cryptic Treehunter Cichlocolaptes mazarbarnetti
Alagoas Foliage-gleaner Philydor novaesi
Alagoas Curassow Mitu mitu

Spix’s Macaw Cyanopsitta spixi

Eskimo Curlew Numenius borealis

Pernambuco Pygmy-owl Glaucidium mooreorum
Glaucous Macaw Anodorhynchus glaucus
Purple-winged Ground-dove Paraclaravis geoffroyi
Kinglet Calyptura Calyptura cristata

Marsh Antwren Formicivora paludicola

Alagoas Antwren Myrmotherula snowi
Orange-bellied Antwren Terenura sicki
Stresemann’s Bristlefront Merulaxis stresemanni
Araripe Manakin Antilophia bokermanni

Banded Cotinga Cotinga maculata

Alagoas Tyrannulet Phylloscartes ceciliae
Cherry-throated Tanager Nemosia rourei
Brazilian Merganser Mergus octosetaceus
Belem Curassow Crax pinima

Blue-eyed Ground-dove Columbina cyanopis
Black-winged Trumpeter Psophia obscura
Tristan Albatross Diomedea dabbenena

Rio Branco Antbird Cercomacra carbonaria®
Hoary-throated Spinetail Synallaxis kollari*

Global Red List

EX
EX
EwW
EW
CR(PD)
CR(PD)
CR(PE)
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR

National Red List

EX
EX
EwW
CR (PEW)
EX
EX
EX
CR(PE)
CR (P)
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
CR
LC
EN

Atlantic Forest

Endemic
Endemic
Endemic

Endemic
Native
Endemic
Endemic
Endemic
Endemic
Endemic
Endemic
Endemic
Endemic
Endemic
Endemic
Native

We divide species into two groups: “gone or missing” and “on the brink” (see text), and then order by Red List category, Atlantic Forest endemism (species indicated
as native also occur in other biomes), and taxonomic order. National categories are included (from ICMBio, 2018), but additional species listed nationally in the same
categories have not been added. *Discrepancies between the national and global assessments arise because these two species are not country endemics, and global
assessments are based on modelled predictions of future habitat loss.





OPS/images/fevo-08-00277/fevo-08-00277-t003.jpg
Change in Negative Effects Change in Positive Effects

n Mean SE P n Mean SE P
Buzzard 21 0.042 0.014 0.008** 19 —0.015 0.017 0.372
Sparrowhawk 18 —0.029 0.016 0.091 22 —0.043 0.008 0.000***
Kestrel 18 0.040 0.009 0.000*** 22 0.037 0.008 0.000***
G S Woodpecker 12 0.096 0.018 0.000*** 28 0.092 0.010 0.000***
Magpie 13 0.059 0.016 0.003** 27 0.021 0.009 0.033*
Jay 14 0.103 0.020 0.000*** 26 0.125 0.008 0.000***
Carrion Crow 19 0.111 0.016 0.000*** 21 0.134 0.015 0.000***
Collared Dove 14 0.076 0.010 0.000*** 26 0.084 0.011 0.000***

Changes are weighted by the inverse of the standard error of predator effects prior to deletion of biomass. * < 0.05, ** < 0.01, ** < 0.001.
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Buzzard
Sparrowhawk
Kestrel

G S Woodpecker
Magpie

Jay

Carrion Crow
Collared Dove

Effect

1.851
3.492
1.5622
—0.804
—3.677
5.406
1271
—4.064

SE

2.378)

1.105)

10.385)
2,527
2.107
5.541
4.243
3.751

P

0.455
0.005™
0.886
0.754
0.100
0.346
0.685
0.304

2 001,
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Correlation P

Buzzard —0.069 0.734
Sparrowhawk 0.100 0.618
Kestrel 0.168 0.403

G S Woodpecker 0.259 0.192
Magpie —-0.127 0.529
Jay 0.791 0.000***
Carrion Crow —0.085 0.673
Collared Dove 0.399 0.039*

Each correlation has n = 27 and df = 25. * < 0.05, ** < 0.001.
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Prey Species

Buzzard

Sparrowhawk

Kestrel

Magpie

Jay

Carrion Crow

Collared Dove

LR Test'

Grey Partridge
Lapwing

Turtle Dove
Blue Tit

Great Tit

Coal Tit
Willow Tit
Marsh Tit
Skylark
Long—tailed Tit
Wood Warbler
Chiffchaff
Willow Warbler
Whitethroat
Nuthatch
Treecreeper
Wren

Starling
Blackbird
Song Thrush
Mistle Thrush
Spotted Flycatcher
Robin
Dunnock
House Sparrow
Tree Sparrow
Yellow Wagtail
Grey Wagtail
Pied Wagtail
Tree Pipit
Meadow Pipit
Chaffinch
Bullfinch
Greenfinch
Linnet

Redpoll
Goldfinch
Corn Bunting
Yellowhammer
Reed Bunting

Significant —ve total
Significant +ve total

0.099 (0.297)

—0.066 (0.051)
—0.097 (0.066)
—0.047 (0.132)
—0.912 (0.569)
0.350 (0.216)

0.024 (0.452)
—0.001 (0.089)
—0.072 (0.061)

—0.027 (0.174)
—0.013 (0.040)
—0.252 (0.216)

—0.126 (0.184)
0.394 (0.224)
—0.013 (0.043)
—0.016 (0.069)
0.106 (0.216)
0.805 (0.566)
—0.653 (0.753)
—0.164 (0.520)
—0.008 (0.224)
0.139 (0.348)
0.191 (0.275)

0.044 (0.149)

0.130 (0.150)

0.221 (0.148)
0.485 (0.838)
—0.190 (0.099)

\‘mI
(I)\lI

0.135 (0.139)

0.158 (0.084)
0.197 (0.244)

—0.047 (0.046)

—0.090 (0.330)

0.013 (0.036)
0.049 (0.068)
—0.010 (0.121)

0.001 (0.025)

—0.118 (0.150)

0.024 (0.036)
—0.123 (0.133)

0.504 (0.349)
—0.046 (0.134)

—0.021 (0.145)

—0.108 (0.064)

—0.011 {

—0.247 (0.189)

—0.003 (0.049)

0.105 (0.083)
7

0.104)

13

0.237 (0.159)
—0.011 (0.128)

0.017 (0.044)
—0.174 (0.094)
0.097 (0.238)

—0.041 (0.047)
—0.049 (0.107)
—0.425 (0.475)

—0.249 (0.145)
0.107 (0.135)
—0.024 (0.028)

0.027 (0.049)
0.146 (0.104)

0.047 (0.039)
0.220 (0.115)

—0.341 (0.210)
0.174 (0.368)
—0.029 (0.125)
0.231 (0.204)
—0.039 (0.120)
0.053 (0.030)
0.164 (0.095)

0.296 (0.156)
0.023 (0.103)

=
I\)-bI

0.000 (0.057)

[o]
-
[72]
©

o

o
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0.003 (0.158)

—0.121 (0.285)
—0.190 (0.243)

—0.031 (0.695)

0.064 (0.046)

0.327 (0.275)

0.043 (0.032)

0.105 (0.132)
—0.139 (0.165)

0.079 (0.238)
0.929 (0.607)
0.074 (0.158)
0.036 (0.226)
—0.060 (0.196)

—0.121 (0.109)
—0.084 (0.076)
0.066 (0.078)

0.211 (0.123)

0.075 (0.057)
—0.207 (0.106)
4
16

—0.241 (0.166)

0.037 (0.053
0.128 (0.099
0.336 (0.302
0.191 (0.166
—0.012 (0.057)

0.029 (0.080)
0.061 (0.043)

—0.003 (0.155)

0.012 (0.033)
0.114 (0.139)

—0.207 (0.180)

0.037 (0.045)

0.049 (0.154)

0.294 (0.446)
0.103 (0.168)
0.249 (0.221)
—0.043 (0.159)
—0.039 (0.035)
0.098 (0.114)

—0.093 (0.076)
—0.087 (0.170)

5
13

—0.045 (0.207)
—0.314 (0.177)

0.097
0.069

0.056)
0.124)
0.055 (0.372)
0.178 (0.210)
—0.050 (0.065)

0.845 (0.490)

0.324 (0.176)
~0.113 (0.187)

~0.028 (0.117)

0.028 (0.063)
—0.139 (0.124)

0.017 (0.037)
—0.009 (0.049)
—0.262 (0.169)

0.571 (0.485)
0.068 (0.175)
0.035 (0.227)
—0.082 (0.218)

0.242 (0.125)

0.072 (0.086)

0.090 (0.127)
—0.287 (0.329)

0.001 (0.132)
—0.015 (0.035)
—0.005 (0.046)

0.497 (0.273)
—0.260 (0.136)

0.126 (0.109)
0.169 (0.247)
—0.022 (0.071)
0.010 (0.037)

—0.147 (0.134)
—0.188 (0.129)
0.043 (0.030)
0.057 (0.125)

0.034 (0.051)
0.149 (0.124)
—0.064 (0.169
—0.004 (0.030
—0.071 (0.041
—0.287 (0.199
0.045 (0.166)

0.221 (0.521)
0.147 (0.209)

—0.253 (0.147)

0.035 (0.091)

—0.082 (0.073)

—0.042 (0.142)
—0.209 (0.181)

0.027 (0.095)
5
7

-0.101 (0.131)
—0.111 (0.129)
0.093 (0.127)
0.013 (0.032)
~0.029 (0.042
—0.092 (0.095
-0.188 (0.217
—0.146 (0.143
0.041 (0.044)
—0.051 (0.104)
0.130 (0.376)
0.086 (0.064)

0.082 (0.075)
0.176 (0.131)

0.044 (0.027)

0.026 (0.043)
0.044 (0.096)
0.133 (0.132)

( )

0.025 (0.027

0.278 (0.181)

—0.242 (0.199)
—0.347 (0.340)
0.143 (0.120)
0.108 (0.190)

—0.020 (0.028)
0.033 (0.084)

0.293 (0.153)
0.154 (0.097)

CIJ-bl

—28.245"
—54.489"**
—61.399"*
—139.872**
—120.648"
—36.819"**
—8.764
—32.228"*
—45.276"
—101.678"*
—14.599
—40.607***
—86.388""
—91.310"
—156.189
—31.202"**
—101.784"
—86.416"*
—69.837**
—69.348"*
—29.422"*
—10.345*
—61.982"**
—23.334**
—50.705"*
—143.004***
—74.665"
—10.405
—2.996
—29.868"*
—23.229"
—186.923**
—14.462
—44.074*
—27.193"*
—72.857"*
—11.928
—59.573"*
—50.564"*
—56.617"

Row sum=41
Row sum=84

The likelihood ratio test shows the change in likelihood following deletion of all predator species and Collared Dove from the linear model. Significant negative effects are highlighted in orange and significant positive

effects in blue. See Supplementary Table S1 for scientific names. 1Likelihood ratio x2 test with 8 degrees of freedom.

*< 005" <0.01, ™ <0001
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Prey species

Predator species

D P D P

Buzzard 0.198 0.076 0.357 0.265
Sparrowhawk 0.320 0.001** 0.709 0.000"**
Kestrel 0.271 0.004* 0.378 0.209
Gt Sp Woodpecker 0.433 0.000*** 0.558 0.014*
Magpie 0.330 0.000*** 0.660 0.002**
Jay 0.358 0.000*** 0.259 0.648
Carrion Crow 0.188 0.103 0.567 0.012*
Collared Dove 0.297 0.001** 0.235 0.758
Winter rain 0.174 0.160 0.238 0.673
Spring rain 0.127 0.499 0.455 0.050*
Winter temp 0.319 0.000*** 0.305 0.371
Spring temp 0.151 0.293 0.387 0.137
Biomass 0.998 0.000"** 0.802 0.000"**

* < 0.05 ™ <0.01, ™ <0.001.
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Term

Altitudinal migrant

Biome

East Asian Flyway

Intra-tropical migrant

Long-distance migrant

Migratory corridor

Migratory connectivity

Short-distance migrants

Stopover site

Wintering range

Definition

Species that breed at higher altitudes and migrate across elevational gradient over
seasons. Some species may also cross latitudinal gradients.

Distinct (broad) communities of plants and animals that have formed in response to a
shared climate.

A broad network of migratory routes used by populations of landbird species that
connect the northern and eastern Asian breeding areas with non-breeding areas at
lower latitudes, especially in tropical Asia and extending to insular Southeast Asia. Also
referred to as the East Asian-Australasian Flyway when used in the context of the many
shorebirds species that migrate to overwinter in Australasia.

Migratory species that breed, migrate and winter largely within the tropical/subtropical
latitudinal belt.

Species that migrate large distances (c. 2,000-10,000 km) at a continental scale
annually, typically covering several biomes and a wide range of latitudes. These species
usually lack sedentary populations.

A series of migratory routes used by multiple species, defined by particular geography
of the region (See Figure 2).

Linkages between migratory populations of a species at the breeding and non-breeding
areas, including stopover sites.

Species that migrate relatively short distances (<2,000 km) annually within the same
biome or across a few latitudinal degrees. Many intra-tropical migrants are
short-distance migrants.

Sites that are used by migratory species for resting and refueling for a day to several
weeks (but not months) during migration.

Geographical area consistently used by a migratory species during the non-breeding
period after fall migration, within which it does not perform any significant directional
movements.

Example

scarlet finch Haematospiza sipahi, collared
grosbeak Mycerobas affinis, various genera in
Leiothrichidae

blue-winged pitta Pitta moluccensis, Asian
emerald cuckoo Chrysococcyx maculatus,
Asian drongo cuckoo Surniculus lugubris
common stonechat Saxicola torquatus,
Japanese sparrowhawk Accipiter gularis,
oriental cuckoo Cuculus optatus

gyrfalcon Falco rusticolus, long-tailed rosefinch
Uragus sibiricus, blue-winged pitta
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Species Tech N Country Source

Cuckoos

Common cuckoo' SAT 4/0 RUS Bulyuk et al., 2018; Thorup et al., 2020

Bustards

Great bustard SAT 3/0 MNG Kessler et al., 2013

Raptors

Oriental honey buzzard SAT >33/1 JPN Higuchi et al., 2005; Shiu et al., 2006; Yamaguchi et al., 2008,
Yamaguchi et al., 2012; Sugasawa and Higuchi, 2019

Cinereous vulture GPS/PTT 10/53 KOR/MNG Kim et al., 2007; Reading et al., 2020

Northern goshawk SAT 2/0 JPN Kudo, 2008

White-tailed sea eagle SAT 2/0 JPN Ueta et al., 1998

Steller’s sea eagle SAT 9/25 JPN/RUS Meyburg and Lobkov, 1994; Ueta et al., 2000; McGrady et al., 2003

Grey-faced buzzard SAT 9/0 JPN Shiu et al., 2006; Nourani et al., 2018

Rough-legged buzzard SAT 4/0 JPN Yamaguchi et al., 2017

Pigeons

Japanese wood pigeon GPS 28 KOR Choi et al., 2019

Kingfishers

Ruddy kingfisher GPS 3/0 JPN Uemura et al., 2020

Falcons

Amur falcon’ SAT 1/0 MNG Dixon et al., 2011

Gyrfalcon SAT 0/15% USA Mclntyre et al., 2009

Peregrine falcon SAT 17/0 RUS Dixon et al., 2012

Passerines

Black-naped oriole GLS 1/0 RUS Heim et al., 2020

Brown shrike GLS 3/0 JPN Aoki et al., 2020

Rook SAT 20/0 JPN Takagi et al., 2014

Pallas’s grasshopper warbler GLS 1/0 RUS Heim et al., 2020

Red-rumped swallow GLS 1/0 RUS Heim et al., 2020

Barn swallow GLS 1/0 RUS Heim et al., 2020

Willow warbler? GLS 3/0 RUS Sokolovskis et al., 2018

Chestnut-cheeked starling GLS 16/0 JPN Koike et al., 2016

Chinese blackbird SAT 0N KOR Choi et al., 2020c

Siberian rubythroat GLS 10/0 RUS Heim et al., 2018b, 2020

Common stonechat GLS 12/0 JPN Yamaura et al., 2017

Yellow-breasted bunting GLS 3/0 RUS Heim et al., 2020

Note that the migration routes of some species extend beyond the East Asian Flyway1 2, 1I\Aigran‘es to Africa via India; 2migran‘es to Africa via West Asia; 3ages unknown;
4only four individuals migrated from Alaska to East Asia.
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Region

Australia

Philippines

Greater Sundas and Thai-Malay Peninsula
Indochinese Peninsula*

Wide-ranging species

Number of species (exclusive)

]
13
14

124
29

Shared with

Philippines

Greater Sundas and Thai-Malay Peninsula
Philippines, Indochinese Peninsula*
Greater Sundas and Thai-Malay Peninsula

Number of species

1
16
9
23

*Includes species in adjacent southern China (e.g., Yunnan and Hainan).





OPS/images/fevo-10-624896/fevo-10-624896-t004.jpg
IUCN sub-class threat

1.1 Housing and urban areas

1.2 Commercial and industrial areas

2.1 Annual and perennial non-timber crops
2.3 Livestock farming and ranching

3.3 Renewable energy

4.1 Roads and railroads

4.2 Utility and service lines

5.1 Hunting and collecting terrestrial animals
5.3 Logging and wood harvesting

6.1 Recreational activities

6.3 Work and other activities

8.1 Invasive non-native species

9.1 Domestic and urban waste water

9.3 Agriculture and forestry effluents

9.4 Garbage and solid waste

Maximum # species
impacted in a grid cell
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2
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w e N
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Average # species
impacted in a grid cell

2.4
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49
2.8
22
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3.7
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2.8
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3.1
14
1.0
45
1.0

Total species
impacted

44
10
122
34
19
26
31
84
125
15
18
21
1
37
1

% species
impacted

25.6
58
70.9
19.8
11.0
15.1
18.0
48.8
72.7
8.7
10.5
122
0.6
215
0.6





OPS/xhtml/Nav.xhtml




Contents





		Cover



		Avian biodiversity collapse in the anthropocene: Drivers and consequences



		Editorial: Avian biodiversity collapse in the Anthropocene: drivers and consequences



		Tropical forests



		Human-dominated landscapes



		Migrants



		Raptors



		Conclusion



		Author contributions



		Acknowledgments



		Conflict of interest



		Publisher's note



		References









		Bird Census Data Do Not Indicate a Lack of Impact on Songbirds From the Growth of Avian Predator Populations in Britain in the Late 20th Century



		INTRODUCTION



		MATERIALS AND METHODS



		Model Structure



		Estimation of Predator Activity



		Effect of Biomass



		Comparison of Predator Effects With Population Change



		Cross-Study Comparisons









		RESULTS



		Comparison With Previous Studies









		DISCUSSION



		Comparison With Previous Studies



		Inference From Predator Effects



		Evaluation









		DATA AVAILABILITY STATEMENT



		ETHICS STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		SUPPLEMENTARY MATERIAL



		FOOTNOTES



		REFERENCES









		Relative Conservation Status of Bird Orders With Special Attention to Raptors



		INTRODUCTION



		METHODS



		RESULTS



		DISCUSSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		ACKNOWLEDGMENTS



		REFERENCES









		Long-Term Empirical Studies Highlight Multiple Drivers of Temporal Change in Bird Fauna in the Wet Forests of Victoria, South-Eastern Australia



		Introduction



		Study Area and Background Datasets



		Bird Surveys



		Temporal Patterns of Change in Site Occupancy



		Drivers of Change in the Bird Fauna of Mountain Ash and Alpine Ash Forest



		Loss of Old Growth Forest



		Fire



		Logging



		Fire and Logging



		Interactions Among Drivers









		General Discussion



		Strategies for Mitigating the Drivers of Temporal Change in Birds



		Caveats and Limitations









		Data Availability Statement



		Ethics Statement



		Author Contributions



		Acknowledgments



		References









		Conservation Across Aquatic-Terrestrial Boundaries: Linking Continental-Scale Water Quality to Emergent Aquatic Insects and Declining Aerial Insectivorous Birds



		INTRODUCTION



		MATERIALS AND METHODS



		Benthic Macroinvertebrates



		Water Quality and Land Use



		Aerial Insectivorous Birds



		Statistical Analysis









		RESULTS



		Emergent Insects Highly Susceptible to Poor Water Quality



		Spatial Distribution and Drivers of Emergent Insect Relative Abundance



		Stream Emergent Insects



		Lake Emergent Insects



		Aerial Insectivorous Bird Abundances and Stream Emergent Insects



		Aerial Insectivorous Bird Abundances and Lake Emergent Insects









		DISCUSSION



		Water Quality and Emergent Aquatic Insects



		Comparing Bird Species Responses to Stream vs. Lake Emergent Insects



		Detecting Cross-Boundary Effects of Poor Water Quality Remains a Challenge



		Consequences of Losing Aquatic-Terrestrial Connections Via Insect Emergence and the Need for Conservation Across Ecosystem Boundaries









		DATA AVAILABILITY STATEMENT



		ETHICS STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		FOOTNOTES



		REFERENCES









		Land Use Changes Threaten Bird Taxonomic and Functional Diversity Across the Mediterranean Basin: A Spatial Analysis to Prioritize Monitoring for Conservation



		INTRODUCTION



		MATERIALS AND METHODS



		Study Area



		Bioclimatic Data



		Land Use Change



		Bird Distributions



		Ecological Traits



		Functional Diversity Indices



		Statistical Analyses









		RESULTS



		Bioclimatic Gradients



		Land Use Change Patterns



		Bird Diversity Patterns



		Effects of Climate and Land Use Change on Birds









		DISCUSSION



		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		FOOTNOTES



		REFERENCES









		Declines in Common and Migratory Breeding Landbird Species in South Korea Over the Past Two Decades



		INTRODUCTION



		MATERIALS AND METHODS



		Korean Bird Atlas Data, Species Criteria, and Spatial Units



		Environmental Covariates: Land Use and Cover, Topography and Climate Data



		Modeling Changes in Bird Occurrences



		Trait Group and Species Status Analysis









		RESULTS



		DISCUSSION



		DATA AVAILABILITY STATEMENT



		ETHICS STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		FOOTNOTES



		REFERENCES









		Ecological Correlates of Elevational Range Shifts in Tropical Birds



		INTRODUCTION



		MATERIALS AND METHODS



		Data Collection



		Phylogenetic Analysis



		Ecological Data



		Statistical Modeling









		RESULTS



		General Shift Rates



		Shift Direction



		Absolute Shift Rate



		Expansions and Contractions









		DISCUSSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		REFERENCES









		The State of Migratory Landbirds in the East Asian Flyway: Distributions, Threats, and Conservation Needs



		INTRODUCTION



		ADVANCES IN LANDBIRD MIGRATION ECOLOGY IN THE EAF



		Research on Migration Strategies and Stopover Ecology



		Research on Migratory Routes and Connectivity









		BREEDING DISTRIBUTION OF MIGRATORY LANDBIRDS



		DISTRIBUTION AND ECOLOGY OF MIGRATORY LANDBIRDS IN THE TROPICS



		POPULATION TRENDS OF LANDBIRDS IN EAST ASIA – THE CURRENT EVIDENCE



		RANGE SHIFTS OF LANDBIRDS



		THREATS TO MIGRATORY LANDBIRDS



		Habitat Loss and Degradation



		Hunting as a Threat to Migratory Landbirds









		KNOWLEDGE GAPS



		Gaps in Knowledge of Migratory Routes and Connectivity



		Gaps in Knowledge of Species Ecology and Natural History



		Gaps in Understanding the Ecosystem Roles of Migratory Landbirds









		CONCLUSION



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		REFERENCES









		Assessing the Extinction Probability of the Purple-winged Ground Dove, an Enigmatic Bamboo Specialist



		INTRODUCTION



		METHODS



		Study Species



		Records Search



		Distribution of the Purple-winged Ground Dove



		Ascertaining Extinction Probability



		Aviculturist Interviews









		RESULTS



		Overview of Records, Geographic Range, and Calculating Extinction Probability



		Range, Habitat Change, and Modeled Distribution



		History in Captivity



		Husbandry and Captive Breeding









		DISCUSSION



		CONCLUSION



		DATA AVAILABILITY STATEMENT



		ETHICS STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		FOOTNOTES



		REFERENCES









		Site-Based Conservation of Terrestrial Bird Species in the Caribbean and Central and South America Under Climate Change



		INTRODUCTION



		MATERIALS AND METHODS



		Species Data



		Climate Data



		Species Distribution Models



		Summarizing Species Range Shifts and Changes in Range Extent



		Applying SDMs to IBAs and Evaluating Species Occurences and Adaptation Strategies



		Changes in Species Richness and Species Turnover



		Accounting for the Presence of Suitable Habitat









		RESULTS



		DISCUSSION



		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		SUPPLEMENTARY MATERIAL



		FOOTNOTES



		REFERENCES









		Bird Extinctions in Brazil’s Atlantic Forest and How They Can Be Prevented



		INTRODUCTION



		GONE OR MISSING: BIRDS THAT ARE EXTINCT OR WITHOUT RECENT RECORDS



		ON THE BRINK: OTHER CRITICALLY ENDANGERED BIRDS



		CONSERVATION EFFORTS TO PREVENT A WAVE OF EXTINCTIONS



		Policy, Governance, and Advocacy



		Habitat Protection and Management



		Habitat Recovery and Restoration



		Intensive Population Management



		Scientific Research



		Awareness and Communication









		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		REFERENCES









		Avian Use of Agricultural Areas as Migration Stopover Sites: A Review of Crop Management Practices and Ecological Correlates



		INTRODUCTION



		MATERIALS AND METHODS



		Literature Review



		Data Selection



		Stopover Analyses









		RESULTS



		Characteristics of Migratory Bird Stopover Sites in Croplands



		Crop Type



		Farm Management









		Stopover Analyses









		DISCUSSION



		CONCLUSION



		DATA AVAILABILITY STATEMENT



		AUTHOR CONTRIBUTIONS



		SUPPLEMENTARY MATERIAL



		REFERENCES









		Sensitivity of Tropical Insectivorous Birds to the Anthropocene: A Review of Multiple Mechanisms and Conservation Implications



		Introduction



		Ultimate Mechanisms of Tropical Insectivorous Bird Declines



		The Anthropocene



		Species Life-Histories









		Proximate Mechanisms of Tropical Avian Insectivore Declines



		Insect Declines



		Natural Enemies and Trophic Cascades



		Habitat Loss and Fragmentation



		Agriculture



		Fire



		Climate Change



		Invasive Species









		Conservation Implications and Recommendations



		Extraordinary Sensitivity of Insectivorous Tropical Birds to Anthropocene



		Ultimate vs. Proximate Threats



		Threats Arising From Life-Histories and Rarity



		Tropical Heterogeneity



		Expanding Understanding of Biodiversity



		Need for Multiple Large Tropical Reserves



		Importance of Species Values









		Summary and Conclusions



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		Artificial Wetlands as Breeding Habitats for Shorebirds: A Case Study on Pied Avocets in China’s Largest Saltpan Complex



		INTRODUCTION



		MATERIALS AND METHODS



		Study Sites



		Field Methods



		Data Analysis









		RESULTS



		DISCUSSION



		DATA AVAILABILITY STATEMENT



		ETHICS STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		REFERENCES









		Biological Correlates of Extinction Risk in Resident Philippine Avifauna



		INTRODUCTION



		MATERIALS AND METHODS



		Dataset and Biological Correlates



		Statistical Analyses









		RESULTS



		DISCUSSION



		CONCLUSION



		DATA AVAILABILITY STATEMENT



		ETHICS STATEMENT



		AUTHOR CONTRIBUTIONS



		FUNDING



		ACKNOWLEDGMENTS



		SUPPLEMENTARY MATERIAL



		REFERENCES









		Human impacts on the world’s raptors



		Introduction



		Materials and methods



		Spatial data on threatened raptor ranges



		Spatial data on threats to raptors



		Mapping raptor-specific threats



		Analyzing human impacts within individual species distributions



		Mapping hotspots and coolspots of cumulative human impact



		Post hoc analyses: Human impacts and raptor biological traits









		Results



		Global hotspots and coolspots of human impact on raptors



		Impacts within individual raptor ranges









		Discussion



		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		Publisher’s note



		Supplementary Material



		References























OPS/images/fevo-10-624896/fevo-10-624896-t003.jpg
Biome name

Montane grasslands and savannas

Deserts and xeric shrublands

Flooded grasslands and savannas

Tropical and subtropical grasslands savannas
Tropical and subtropical dry broadleaf forests
Temperate grasslands savannas and shrublands
Temperate broadleaf and mixed forests
Mediterranean forests woodlands and scrub
Mangrove

Tropical and subtropical moist broadleaf forests
Temperate coniferous forests

Tropical and subtropical coniferous forests
Boreal forests taiga

Tundra

Average number of
species impacted per
grid cell

7.9
7.6
59
5.2
4.6
48
42
4.6
3.6
3.7
37
3.4
15
0.4

Average number of
species not impacted
per grid cell

0.04
0.12
0.57
0.02
0.30
0.62
0.10
0.01
0.01
0.001
0.09
0.01
0.35
0.69

Average percentage
of species impacted
per grid cell

99.1
96.8
90.5
99.7
93.0
84.7
97.7
99.7
99.1
99.9
94.5
99.9
70.2
33.2

Total number of
species in biome
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72
71
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mining

4. Transportation and
service corridors

5. Biological resource use

6. Human intrusions and

disturbance

8. Invasive and other
problematic species,
genes and diseases
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Sub-class threats (IUCN)

1.1 Housing and urban areas

1.2 Commercial and industrial areas

2.1 Annual and perennial non-timber
crops

2.3 Livestock farming and ranching

3.3 Renewable energy
4.1 Roads and railroads
4.2 Utility and service lines

5.1 Hunting and collecting terrestrial
animals

5.3 Logging and wood harvesting

6.1 Recreational activities

6.3 Work and other activities

8.1 Invasive non-native/alien

species/diseases

9.1 Domestic and urban waste water

9.3 Agriculture and forestry effluents
9.4 Garbage and solid waste

Threat

Electric infrastructure (nightlights)
Built environments

Electric infrastructure (nightlights)
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Crop lands

Pasture lands
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Forest loss

Electric infrastructure (nightlights)
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Electric infrastructure (nightlights)
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Threat link and source
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Directly mapped (Venter et al., 2016a)
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Directly mapped (Venter et al., 2016a)

Indirect (Canning, 1998; Allan et al., 2019)

Indirect (Kilgo et al., 1998; Trombulak
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Indirect (Allan et al., 2019)
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Human threat

Built environments
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Croplands
Pasture

Roads

Railways

Navigable waterways

Wind facilities

Forest loss
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human footprint

0,10

0-10 Continuous
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0;7
0;4
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impacts

0,8

Na

Na

Method for generating score
in source data

All built areas have a score of 10

Score = 3.333 x log (population
density + 1)

Equal decile bins

All croplands have a score of 7
All pasture has a score of 4

500 m either side of a major road
results in a direct threat score of 8.
Starting 500 m out from a road, the
threat score of 4 exponentially decays
to 15 km

500 m either side of railway results in
a direct threat score of 8

Threat score of 4 exponentially
decaying out to 15 km

Point location of facility and capacity
(Megawatts; MW)

Forest loss, defined as a
stand-replacement disturbance, or a
change from a forest to non-forest
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else a value in the range 1-17,
representing loss detected primarily in
the year 2001-2019, respectively.

All layers were analyzed at a 1 km? resolution except for the wind facility data which was analyzed at 30 x 30 km?.

Threshold for converting human threat
to binary (0,1) scoring for this analysis

Threat present (10) or absent (0) in 1 km? grid cells

Threat considered present for scores > 1in 1 km? grid
cells

Threat considered present for scores > 1in 1 km? grid
cells

Threat present (7) or absent (0) in 1 km? grid cells
Threat present (4) or absent (0) in 1 km? grid cells

Threat considered present up to 3 km either side of the
road (equivalent human footprint score = 1) in 1 km?
grid cells

Threat present (8) or absent (0) in 1 km? grid cells

Threat considered present up to 1.5 km either side of
the waterway (equivalent human footprint score = 3.5)
in 1 km? grid cells

Threat considered present if a facility (> 1 MW) is
present in 30 x 30 km grid cells

Threat considered present if loss occurred (score > 0)
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Species IUCN red list Endemic Elevational Forest Body mass (g) Taxonomic  Fitted status Predicted

threat range (m) dependency status status
White-eared LC Yes 1,500 Medium 111.00 Parent 0.70 NT
Brown-dove
Phapitreron leucotis
Buff-eared Brown-dove LC Yes 1,600 Medium 112.50 Split 0.61 NT
Phapitreron nigrorum
Short-billed Brown-dove LC Yes 1,600 Medium 104.00 Split 0.59 NT
Phapitreron brevirostris
Philippine Green-pigeon LC Yes 1,000 High 198.00 Split 1.84 VU
Treron axillaris
Red-crested Malkoha LC Yes 700 Medium 198.00 Cryptic 1.07 NT
Dasylophus
superciliosus
Luzon Lowland LC Yes 900 High 248.33 Parent 1.88 VU
Scops-ow!
Otus megalotis
Mindanao Lowland LC Yes 1,550 High 150.00 Split 117 NT
Scops-ow!
Otus everetti
Buff-spotted Flameback LC Yes 1,500 Medium 127.00 Parent, Cryptic 0.62 NT
Chrysocolaptes lucidus
Luzon Flameback LC Yes 1,000 Medium 127.50 Split 1.06 NT
Chrysocolaptes
haematribon
Philippine Oriole LC Yes 1,200 Medium 70.91 Parent 0.74 NT
Oriolus steerii
White-lored Oriole LC Yes 1,200 Medium 70.91 Split 0.84 NT
Oriolus albiloris
Blue-headed Fantail LC Yes 1,000 Medium 13.80 Parent 0.61 NT
Rhipidura cyaniceps
Visayan Fantail LC Yes 500 Medium 14.00 Split 0.87 NT
Rhipidura albiventris
Mindanao Blue Fantail LC Yes 1,200 High 12.66 Parent 0.67 NT
Rhipidura superciliaris
Visayan Blue Fantail LC Yes 1,200 High 12.60 Split 0.67 NT
Rhipidura samarensis
Philippine Pied Fantail LC Yes 800 Medium 16.40 Split 0.58 NT
Rhipidura nigritorquis
Cordillera VU Yes 800 Medium 61.00 Parent 1.33 NT

Ground-warbler

Robsonius rabori

Sierra Madre LC Yes 1,300 Medium 58.76 Split 1.06 NT
Ground-warbler

Robsonius thompsoni

Stripe-breasted LC Yes 200 High 39.10 Parent 171 VU
Rhabdornis

Rhabdornis inornatus

Grand Rhabdornis LC Yes 1,250 High 45.50 Split 0.79 NT
Rhabdornis grandis

White-browed Shama LC Yes 1,000 High 24.00 Parent 0.88 NT
Kittacincla luzoniensis

Visayan Shama LC Yes 1,000 High 24.05 Split 0.88 NT

Kittacincla superciliaris

See the methods for how fitted threat values were calculated and the numerical ranges associated with each threat status. If a split bird has a parent species that occurs
in the Philippines, the parent has been paired with the split. LC, Least Concern; NT, Near Threatened; VU, Vulnerable; EN, Endangered; CR, Critically Endangered; Spilit,
a newly described species in the last decade whose population was split out of an existing species; Parent, a species from which a recently described bird was split;
Cryptic, a species consisting of one or more populations representing cryptic species that have yet to be split and recognized by BirdLife International (2021) as full
species.
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Species IUCN red list Endemic Elevational range Forest Body mass (g) Fitted threat Predicted threat

status (m) dependency
Palawan VU Yes 800 High 379.00 2.62 EN
Peacock-pheasant
Polyplectron napoleonis
Luzon Bleeding-heart NT Yes 1,000 High 190.00 1.68 VU
Gallicolumba luzonica
Philippine LC Yes 1,000 High 198.00 1.84 VU
Green-pigeon
Treron axillaris
Cream-bellied NT Yes 1,300 High 263.00 1.64 VU
Fruit-dove
Ramphiculus merrilli
Pink-bellied NT Yes 1,100 High 537.00 2.44 VU
Imperial-pigeon
Ducula poliocephala
Whitehead'’s Swiftlet DD Yes 800 High 14.00 0.99 NT
Aerodramus whiteheadi
Brown-banded Rail DD Yes 1,700 Low 95.67 0.20 LC
Lewinia mirifica
Calayan Rail VU Yes 300 High 245.00 2.88 EN
Gallirallus calayanensis
Luzon Buttonquail DD Yes 1,100 Non-forest 63.34 0.20 LC
Turnix worcesteri
Palawan Scops-owl NT Yes 500 Medium 123.28 1.65 VU
Otus fuliginosus
Luzon Lowland LC Yes 900 High 248.33 1.88 VU
Scops-owl
Otus megalotis
Mindoro Scops-owl NT Yes 630 High 123.28 2.1 VU
Otus mindorensis
Philippine Eagle-ow! VU Yes 650 High 1392.16 3.41 EN
Bubo philippensis
Philippine LC Yes 1,310 High 708.50 1.72 VU

Honey-buzzard

Pernis steerei

Philippine LC Yes 500 Medium 637.50 2.73 EN
Serpent-eagle

Spilornis holospilus

Writhed Hornbill NT Yes 200 High 11563.50 4.61 CR
Rhabdotorrhinus

leucocephalus

Luzon Hornbill LC Yes 900 High 454.75 1.65 VU
Penelopides manillae

Mindanao Hornbill LC Yes 900 High 479.50 2.07 VU
Penelopides affinis

Visayan Miniature DD Yes 800 High 6.0 0.77 NT
Babbler

Micromacronus

leytensis

Stripe-breasted LC Yes 200 High 39.10 1.71 VU
Rhabdornis

Rhabdornis inornatus

See methods for how body mass for the Data Deficient species were estimated, as well as how fitted threat values were calculated and the numerical ranges associated
with each threat status. DD, Data Deficient; LC, Least Concern; NT, Near Threatened; VU, Vulnerable; EN, Endangered; CR, Critically Endangered.
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Declining species in this
study

This study

IUCN red list - global status

Current national status

Change in occupancy Species status IUCN red list Trend statement Justification National red list Legal protection
(95% C.1.) (IUCN criteria) (IUCN criteria) status
Asian Stubtail —0.23(-0.32 - -0.13) = LC Stable Unquantified =
Urosphena squameiceps
Black-capped Kingfisher —0.95 (-0.97 - -0.92) CR (A2 LC Decreasing Suspected decline -
Halcyon pileata
Brown-eared Bulbul —0.03 (—0.06 - 0.00) = LC Increasing Unquantified =
Hypsipetes amaurotis
Brown Shrike —0.59 (-0.72 - —-0.43) EN (A2) LC Decreasing 80% decline in Japan -
Lanius cristatus
Chinese Sparrowhawk —0.11 (=0.20 - —0.01) - [ Decreasing Strong declines VU (D1) Endangered Species,
Accipiter soloensis reported Natural Monument
Common Cuckoo —0.16 (-0.28 - 0.00) - LC Decreasing European population -
Cuculus canorus decline
Daurian Redstart —0.04 (—0.09 - —0.01) - LG Stable Unquantified -
Phoenicurus auroreus
Eastern Great Tit —0.05 (-0.12 - —-0.02) - LC Stable Unquantified -
Parus major minor
Eurasian Jay —0.09 (-0.13 - —0.05) - LC Increasing European population -
Garrulus glandarius increase
Eurasian Magpie —0.08 (-0.12 - —-0.05) = LC Stable European population =
Pica pica increase
Gray Starling —0.12 (-0.19 - -0.05) . LC Unknown Unquantified .
Spodiopsar cineraceus
Japanese Wagtail —0.46 (—0.84 - 0.00) EN (A2) LC Stable Unquantified -
Motacilla grandis
Lesser Cuckoo —0.56 (—0.67 = —0.44) EN (A2) LC Stable Unquantified - Natural Monument
Cuculus poliocephalus
Long-tailed Tit —0.22 (-0.35 - -0.03) = LC Stable European population =
Aegithalos caudatus stable
Meadow Bunting —0.15(-0.25 - —-0.05) - LC Stable Unquantified -
Emberiza cioides
Northern Hawk-Cuckoo —0.52 (-0.80 - —-0.13) EN (A2) LC Stable Unquantified =
Hierococcyx hyperythrus
Oriental Turtle Dove —0.05 (-0.07 - -0.03) - LC Stable Unquantified -
Streptopelia orientalis
Ruddy Kingfisher —0.73 (—1.00 — —0.36) EN (A2) LC Decreasing Suspected decline =
Halcyon coromanda
Yellow-rumped Flycatcher —0.66 (—0.77 — —0.53) EN (A2) LC Stable Unquantified -
Ficedula zanthopygia
Yellow-throated Bunting —0.13 (=0.17 — —0.09) - LG Stable Unquantified -

Emberiza elegans






OPS/images/fevo-09-621749/cross.jpg
3,

i





OPS/images/fevo-09-627765/fevo-09-627765-g004.jpg
Vertebrates (3)-

Others (5)

Arthrpods (12)

Forest (11)

Agricultural (9)

Uncommon (6)

Common (14)

Short-distance (5)

Sedentary (6)

Long-distance (9)

Diet

Habitat
— e

O

Initial occurrence

—_— —

Migration

&
I ——

-0.3 -0.2 -0.1 0 0.1 0.2 0.3

Marginal means of magnitude of change
in occupancy probabilities between 1997-2005 and 2013-2019






OPS/images/fevo-09-612356/fevo-09-612356-e000.jpg
4 4
Wi = o+ 3 Bji x BCii+ 3 vk x LUCk;
= k=1

Bisi ~ N (v, 7)
Yri ~ N (g, ¥)

(1)





OPS/images/fevo-09-612356/fevo-09-612356-g001.jpg
Slovenia
Croatia  Bosnia and Herzegovina

* Serbia
‘ ontenegro
=N FYR of Macedonia

France

Portugal

Morocco

* ; '4‘
v, 4 M Algeria

Libya

Egypt

0 500 1000 km

p |

D 1° x 1° spatial resolution grid
- Mediterranean biome

Mediterranean countries






OPS/images/fevo-09-612356/fevo-09-612356-g002.jpg





OPS/images/fevo-09-612356/fevo-09-612356-g003.jpg
%

1000 km

No change or very little (Cluster 1)

Urbanization on former periurban agricultural lands (Cluster 2)

Reforestation caused by the abandonment of agricultural lands and pastures (Clusters 3, 4, 6)
Slight increase of croplands and pastures to the expense of forests (Cluster 5)

Intensification of rainfed and irrigated agriculture on former natural areas (Cluster 7)

Sparse vegetation regain on bare soils (Cluster 8)

Desertification (Cluster 9)

Not sampled areas





OPS/images/fevo-09-633160/fevo-09-633160-g003.jpg
®e I

°0,

=
7990000 Y

Emergent

_2

0
Coefficient

2

oo

" " S a |
A 4

EPT

0.0
Coefficient

25

L X A

*o00 ||

Tolerant

—5.0

25

0.0

25

Coefficient

@

@

Habitat

NON
o RF
< RO

UP





OPS/images/fevo-09-633160/fevo-09-633160-g004.jpg
Emergent

0 1
Coefficient

5 3

®00e

EPT

—4

0
Coefficient

4

\
r

r
A
a
A
&
A 4
8
v
&
A4
8.
A 4
8
\ 4
8.
A 4
&
4
G
A4
8.
A 4
.
A 4
&
A 4
Y
A 4
8.
A4
.
A 4
8.
A 4
&
A 4
8.
A 4
&
A 4
ey
A4
.
\ 4
&
A 4

Tolerant

_D

- 0 1
Coefficient

2

Habitat

<+ NON
o RF
<+ RO
o« UP





OPS/images/fevo-09-633160/fevo-09-633160-t001.jpg
Streams Estimate SE z-value P-value RVI

NH4-N —0.040 (0.040) 0.010 2.797 0.005 1.00
%SAFN —0.070 (0.069) 0.013 5165 <0.001 1.00
RD —0.022 (0.018) 0.012 1.797 0.072 0.81
WsArea 0.014 (—0.005) 0.012 1.148 0.251 0.36
Turb 0.013 (—0.002) 0.014 0.883 0.377 0.19
Intercept only Estimate SE z-value P-value

0.618 0.018 33.96 <0.001 n.a.

AIC, (intercept only model) = —59.209

Lakes Estimate SE t-value P-value RVI

TP 0.259 (—0.259) 0.187 1.352 0177 0.330
Cl- —0.196 (0.196) 0.164 1.169 0.242 0.240
Chla 0.182 (—0.182) 0.149 1.180 0.238 0.160
Cond. —0.327 (0.327) 0.217 1.466 0.143 0.150
ANC 0.231 (-0.231) 0.245 0.923 0.356 0.12
%AG 0.137 (—0.137) 0.146 0.916 0.360 0.080
Secchi —0.111 (0.111) 0.147 0.739 0.460 0.070
SO4 —0.230 (0.230) 0.180 1.248 0.212 0.060

AIC. (intercept only model) = —101.764

Intercept Only Estimate SE t-value P-value
0.346 0.012 29.61 <0.001 n.a.

Best-supported models for stream macroinvertebrates generally included a
combination of the following predictors: ammonium (NH4-N), % sand and fines
(%SAFN), road density (RD), watershed area (WsArea), and turbidity (Turb). Best
supported models for lake emergent insects included % agriculture (%AG), CI~,
TR, chlorophyll a (Chl a), conductivity (Cond.), acid neutralizing capcity (ANC),
secchi depth (Secchi), and SO42~. Also presented are the standard errors for
each estimate, and the associated z- and P-values for significance probabilities,
and relative variable importance (RVI) of each parameter. Parameter estimates
for the relative abundance of non-emergent insects in both lakes and streams
are indicated in parentheses; significance probabilities were <0.05 for NH4-N, and
%SAFN in streams (no parameter estimates were significant at P = 0.05 for lakes).
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Cluster Rainfed Irrigated Shrublands Grassland Sparse Wetland Urban Bare soil Mosaic cropland Forest

cropland cropland vegetation & natural
vegetation

C1 (49.26%) +0.79 +0.04 +0.07 -0.48 +0.02 +0.02 +1.18 -1.02 +0.04 —0.55
C2 (8.72%) —-12.24 -0.4 -0.22 —-0.21 —0.26 —0.06 +21.72 -5.7 -1.9 -0.67
C3(11.75%) -1.1 —0.08 -1.18 —0.44 +0.41 —0.01 +0.21 —0.01 -9.16 +10.95
C4 (6.66%) -1.22 —0.06 —-1.76 —0.61 +0.2 -0.02 +0.26 —0.08 —24.73 +27.15
C5 (8.46%) +12.28 +0.9 +4.05 +4.73 +0.45 +0.03 +0.82 +0.56 +10.06 —34.33
C6 (3.55%) —0.88 -0.07 -1.99 -0.39 —0.03 —0.02 +0.11 —0.1 -53.76 +56.59
C7 (5.25%) +49.33 +0.83 +0.02 -1.71 —47.32 0 +0.24 -1.81 +0.64 —0.01
C8 (4.28%) +0.07 +0.14 0 —-2.49 +51.76 0 +0.13 —49.35 -0.38 0
C9 (2.06%) -0.6 +0.45 0 -0.19 —44.52 +0.01 +0.05 +46.28 -0.16 +0.05

The values in red correspond to the three major positive values by cluster; the values in blue correspond to the three minor negative values by cluster. The percentages in
the cluster column correspond to the percentage of pixels contained in the cluster.
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Cluster LUC, (37%) LUC; (24%) LUC3 (20%) LUC4 (11%)

C1 23,11 —0,65 -0,10 14,20

Cc2 —12,565 -0,52 0,13 45,49

C3 —55,69 0,03 -0,37 —36,65

C4 —46,67 0,02 -0,35 —48,28

C5 —29,92 -1,13 -3,13 16,28

C6 —28,33 0,20 0,01 —45,12

Cc7 23,50 24,74 49,85 -0,08

C8 55,68 7,14 —35,68 -0,49

C9 27,21 —67,89 3,27 —1,01

Axis denomination South (+)/North (=) land use Agricultural intensification Agricultural intensification Urbanization (+)/agricultural

change opposition (+)/desertification () (+)/natural sparse abandonment (—)

vegetation regain (-)

Highlighted values: three major values (in red) and three minor values (in blue). The percentages are the amount of variance explained by each of the four axes (LUC4to
LUC,). The “axis denomination” row synthetizes the aspects described by the axis, in its positive side (+) and in its negative side (—).
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BC4 (51%)

BC, (20%)

BC3 (14%) BC4 (5%)

Elevation variability 16,50 —1,42 -10,20 65,05

median —63,10 —4,59 3,37 -7,94

temperature

temperature 0,04 1,97 —84,77 —4,81

seasonality

median 85,61 —8,09 1,27 —0,49

precipitation

precipitation —29,36 —62,79 -0,15 0,11

seasonality

winter precipitation 26,35 —65,48 -0,22 —0,01

spring precipitation 80,79 -5,15 —0,31 —0,66

summer 63,68 17,23 1,13 0,00

precipitation

autumn 79,72 —2,62 8,08 —-1,12

precipitation

LGM median —46,02 -10,14 28,53 0,09

temperature

LGM temperature 0,07 —6,95 —79,27 -3,22

seasonality

LGM median 89,36 —4,77 0,94 —0,48

precipitation

LGM precipitation -31,88 —60,36 0,038 0,20

seasonality

LGM winter 21,36 —68,59 —0,34 0,04

precipitation

LGM spring 85,11 —1,60 —1,49 —0,71

precipitation

LGM summer 6212 18,12 0,77 0,00

precipitation

LGM autumn 78,73 —2,34 9,85 —1,38

precipitation

Axis North Low (+)/high Low (+)/high High (+)/low

denomination (+)/South (-) (-) (-) =)
climatic  precipitation temperature topographic
gradient seasonality seasonality variability

Highlighted values: three major values (in red) and three minor values (in blue). The
percentages are the amount of variance explained by each of the four axes (BC1—
BCy4). LGM = Last Glacial Maximum. The “axis denomination” row synthetizes the
aspects described by the axis, in its positive side (+) and in its negative side (-).
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Jay
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Collared Dove

Agreement
Positive Negative
Song Thrush
Robin Tree Sparrow Bullfinch
Tree Sparrow
Coal Tit
Lapwing House
Sparrow
Chiffchalff Blackbird Yellow Wagtail

Spotted Flycatcher
Reed Bunting

Tree Sparrow

Disagreement

Positive (Newson)
Negative (current)

Yellow Wagtail

Negative (Newson)
Positive (current)

Starling

Blue Tit Blackbird Mistle
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Current Swallow et al., 2016a Swallow et al., 2016b Jones-Todd et al., 2018 Swallow et al., 2019

Density Change
Sparrowhawk Blue Tit + ns - -
Great Tit + ns ns ns
Coal Tit ns + + ns
Starling + - -
Blackbird ns + ns
Robin + ns ns
House Sparrow ns - - - - -
Chaffinch + ns ns ns
Greenfinch ns ns ns ns
Collared Dove ns ns ns
Collared Dove Blue Tit ns ns ns ns
Great Tit ns ns ns ns
Coal Tit ns + ns +
Starling + + =8
Blackbird - + -+
Robin ns ns +
House Sparrow ns ns - - ns -
Chaffinch ns + + +
Greenfinch + + ns ns

Cell contents indicate significant positive, negative or non-significant effects of either Sparrowhawk or Collared Dove on focal prey species. Swallow et al. (2019) includes
analyses using both predator density and change in predator density as explanatory variables.
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2.Belém Curassow (CR) and 3. Araripe Manakin (CR) and Blue-eyed Ground-

1. Hoary-throated Spinetail (CR) Black-winged Trumpeter (CR) are dove (CR) have extremely restricted ranges, the first
and Rio Branco Antbird (CR) are now restricted to a few remaining in a naturally isolated oasis of Atlantic Forestin the
threatened by fire, and fragments of forestinthe Belem ~ Caatinga, and the second in the Cerrado, where both
conversion of riverine forests in Centre of Endemism, and are are vulnerable to stochastic events such as fires, as

well as habitat loss and degradation
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including ESEC Murici, which is the
last site with all three species - after
most forest was converted to
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Map data: BirdLife International and Handbook of the Birds of the World (2019); Muylaert et al. (2018); Belém endemics: ICMBio (2018)

5. Cherry-throated Tanager (CR), Banded Cotinga (CR)
processes that affect the water and Stresemann’s Bristlefront (CR) from Espirito Santo
quality and integrity of mar_shes and the Bahia Centre of Endemism have declined

andrivers because of deforestation for coffee and eucalyptus,
fragmentation, and uncontrolled fire
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Study

Long-term monitoring (observational

study)

Snapshot study of eucalypt forests
vs. rainforests (observational study)

Variable retention harvesting
experiment (true experiment)

Salvage logging experiment
(combination of true experiment and
observational studies)

Description

Repeated counts conducted on a predorminantly annual basis
at permanent, long-term 1 ha sites first established in 2004.
Stes range in disturbance history, stand attributes (e.g., age),
and environmental characteristics (e.., slope, aspect, time
since fire)

Repeated counts of birds at 1 ha sites in Mountain Ash forest
and cool temperate rainforest sites

Repeated counts conducted on a predorminantly annual basis
at sites subject to different timber harvesting
treatments—clearcutting, variable retention (with retained
islands of either 0.5 or 1.5 ha), and uncut controls

Repeated counts conducted on a predominantly annual basis
at sites subject to different timber harvesting
treatments-post-fire (salvage) clearcutting, post-fire variable
retention harvesting [small (0.5 ha) and large (1.5 haj retained
islands], and uncut but burned areas

Number of sites and
survey period

88 sites 2004-ongoing

60 sites in Mountain Ash
forest and 24 sites in cool
temperate rainforest
2006-2007

28 sites 2008-ongoing

28 sites
2010-ongoing

Citations

Lindenmayer et al.,
2009, 2014, 2019

Lindenmayer et al.,
2010

Lindenmayer et al
2015

Lindenmayer et al.,
2018d
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Recommended action

Conserve all existing stands
of old growth forest

Significantly expand the
extent of the old growth
estate

Protect all existing large old
trees

Ensure that islandss of intact
forest are retained within
areas subject to logging
operations.

Ban post-fire (salvage)
logging operations

Description

All areas of old growth Mountain Ash and Alpine Ash forest should be exempt from
logging because of their importance for bird fauna in these forests. The definition of
old growth should revert to being stands dating from before 1900 to ensure that late:
stage mature forest (that is close to developing into old growth) is not logged.

Aveas that are presently advanced regrowth forest (e.g., stands that are ~80 years
old and which regenerated after the 1939 wildfires) should be exempt from logging
and protected so they can mature and become old growth forest

Large living and dead old hollow-bearing trees are critical habitat elements for many
species of birds, but populations are deciining rapidly. They need to be protected by
buffers of unlogged forest to reduce the rate at which they are collapsing

The impacts of logging on bird fauna in Mountain Ash forests can be mitigated by
employing Variable Retention Harvesting systems as an alternative to conventional
clearcutting

Post-fire (salvage) logging is the most detrimental form of logging in Mountain Ash
and Alpine Ash forests. It can set back the recovery of habitats for fauna by up to 200
years, especially for cavity-dependent taxa. Post-fire logging should not occur in old
growth forests that have been burnt given the prevalence of key biological legacies
(such as large fire-scarred trees) in these areas.

Citations

Lindenmayer and
Taylor, 2020

Lindenmayer, 2017

Lindenmayer et al.,
2015, 2019b

Lindenmayer et al.,
2018d, 2019¢
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