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Editorial on the Research Topic 
Nitrogen in the Environment

Nitrogen (N) is essential for life of all living organisms in the universe. Every year, about 67.84 million tons of nitrogen is applied to agricultural land all over the world (Liu et al., 2010). Nitrogen is the only essential element which exists in several forms in soil. The transformations of N takes place by several interactive factors and microbes. The interaction among factors therefore plays a pivotal role in functional maintenance of environment. Nitrogen is always not beneficial to living organisms; excess concentration of N might act as pollutant, thus N may also affect human and environmental health (Robertson and Groffman, 2015). Understanding the importance of N in various ecosystems is thus essential for understanding sustainable development and productivity. In terrestrial ecosystems, N exists in nine different chemical forms corresponding to different oxidative states. Dinitrogen gas (N2) is the inert form of N and the most abundant in the biosphere. N2 is transformed to organic N through biological N2 fixation, and enters biological pools of soil. Subsequently, the fixed-N undergoes several microbial processes; mineralization, immobilization, nitrification, denitrification. Löhnis (1913) was the first scientist who developed the concept of N cycle illustrating that N is transformed from one form to another (Löhnis, 1913; Robertson and Groffman, 2015). Anthropogenic activities have seriously perturbed the global nitrogen cycle. Excessive use of nitrogen for crop production has negatively impacted soil biological diversity, climate, and human health (Liu et al., 2013). However, nitrogen shortage leads us to fall short of proper food demands by limiting both the quantity and quality of crops. The disturbance of the global nitrogen cycle at a large scale presents substantial challenges and requires immediate implementation of strategies for appropriate nitrogen management. Understanding nitrogen transformations and the soil microbes that perform them, as well as proper management of nitrogen for crops, are thus essential for understanding and managing ecosystem health and productivity. Biological and industrial N2 fixation have far outpaced record denitrification rates in the history and is identified as main reason of N pollution in the environment (Galloway et al., 2008). Therefore, it is an environmental challenge to make managed ecosystems with rational use of N (Robertson and Vitousek, 2009).
In this Research Topic, we received total 13 articles, and finally eight articles after peer review were recommended for publication in Research Topic (N in the environment) by Guest Editors. Among eight published articles, two are review articles, one is method, and five are original research articles. The published articles focused various aspects of N in the environment.
The first article recommended for the publication was authored by Nadeem et al., They studied nitrification and denitrification kinetics and the abundance of ammonia oxidizing bacteria (AOB) and ammonia oxidizing archaea (AOA) in soils sampled from a field experiment 2–3 years after liming. The N2O/(N2O+N2) product ratio of heterotrophic denitrification declined with increasing pH, and the potential nitrification rate and its N2O yield (YN2O: N2O-N/NO3−-N), as measured in fully oxic soil slurries, increased with pH, and both correlated strongly with the AOB/AOA gene abundance ratio. They proposed that while low emissions from nitrification in well-drained soils may be enhanced by liming, the spikes of high N2O emission induced by ammonium fertilization at high soil moisture may be reduced by liming, because the heterotrophic N2O reduction is enhanced by high pH. Another article authored by Xu et al., which explored the comparison of N2O emission from a cold waterlogged and normal paddy field. They revealed that N2O emissions from cold waterlogged paddy fields were significantly lower than those of normal rice fields due to the low temperature and higher water content; there may also be complete denitrification that may lead to a decrease in N2O emissions. In the review article, Mejías et al., reviewed the potential use as an innovative approach to improve nitrogen use efficiency and reduce N losses to the wider environment, analyzing potential shortcomings and future considerations for animal food chains. Su et al., used a fully automated system to continuously measure soil N2O emissions for 2 years and suggested that sampling between 9:00 am and 10:00 am is the best empirical sampling time for the intermittent manual measurements. Hayakawa et al., examined sulfur-driven NO3− reduction using streambank soils in a headwater catchment underlain by marine sedimentary rock. Many denitrifying sulfur-oxidizing bacteria were detected which dominated up to 5% of the entire microbial population, suggesting that these bacteria are widespread in sulfide-rich soil layers in the catchment. They concluded that the catchment with abundant sulfides in the subsoil possessed the potential for sulfur-driven NO3− reduction, which could widely influence N cycling in and NO3− export from the headwater catchment. In a review article, Moeller et al., described the current picture of the function of regulatory sRNAs in biogeochemical cycles, with specific focus on the nitrogen cycle. Non-coding small RNAs (sRNAs) regulate a wide range of physiological processes in microorganisms that allow them to rapidly respond to changes in environmental conditions. sRNAs have predominantly been studied in a few model organisms, however it is becoming increasingly clear that sRNAs play a crucial role in environmentally relevant pathways. For example, several sRNAs have been shown to control important enzymatic processes within the nitrogen cycle and many more have been identified in nitrogen cycling organisms that remain to be characterized. Alongside these studies meta-transcriptomic data indicated both known and putative sRNA are expressed in microbial communities and are potentially linked to changes in environmental processes in these habitats. Schleppi and Wessel analyzed the statistical and practical considerations for the design of labeling experiments and also for assessments of natural 15N abundance. According to their findings, the stable isotope 15N is an extremely useful tool for studying the nitrogen (N) cycle of terrestrial ecosystems. Banik et al., conducted a study based on the hypothesis that the combined amendment of biochar and manure could be a better soil amendment than conventional manure application. Manure-biochar treatments significantly increased soil total C, N, and improved soil bulk density. Overall, the manure-biochar application enabled biochar to stabilize the C and N from manure. The authors suggested that biochar could be used to solve N related environmental and agronomic challenges and further improve N use efficiency for sustainable crop production.
All articles published in this Research Topic employed advanced techniques and interesting for the readership of the journal. The Guest Editors of this Research Topic would like to thank all authors, reviewers, and the Editorial team and technical staff of Frontiers in Environmental Science. All of them have collaborated with their great work and involvement in the development of this Research Topic.
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Liming acidic soils is often found to reduce their N2O emission due to lowered N2O/(N2O + N2) product ratio of denitrification. Some field experiments have shown the opposite effect, however, and the reason for this could be that liming stimulates nitrification-driven N2O production by enhancing nitrification rates, and by favoring ammonia oxidizing bacteria (AOB) over ammonia oxidizing archaea (AOA). AOB produce more N2O than AOA, and high nitrification rates induce transient/local hypoxia, thereby stimulating heterotrophic denitrification. To study these phenomena, we investigated nitrification and denitrification kinetics and the abundance of AOB and AOA in soils sampled from a field experiment 2–3 years after liming. The field trial compared traditional liming (carbonates) with powdered siliceous rocks. As expected, the N2O/(N2O + N2) product ratio of heterotrophic denitrification declined with increasing pH, and the potential nitrification rate and its N2O yield (YN2O: N2O-N/NO3–-N), as measured in fully oxic soil slurries, increased with pH, and both correlated strongly with the AOB/AOA gene abundance ratio. Soil microcosm experiments were monitored for nitrification, its O2-consumption and N2O emissions, as induced by ammonium fertilization. Here we observed a conspicuous dependency on water filled pore space (WFPS): at 60 and 70% WFPS, YN2O was 0.03-0.06% and 0.06–0.15%, respectively, increasing with increasing pH, as in the aerobic soil slurries. At 85% WFPS, however, YN2O was more than two orders of magnitude higher, and decreased with increasing pH. A plausible interpretation is that O2 consumption by fertilizer-induced nitrification cause hypoxia in wet soils, hence induce heterotrophic nitrification, whose YN2O decline with increasing pH. We conclude that while low emissions from nitrification in well-drained soils may be enhanced by liming, the spikes of high N2O emission induced by ammonium fertilization at high soil moisture may be reduced by liming, because the heterotrophic N2O reduction is enhanced by high pH.

Keywords: soil pH, nitrification, N2O-reductase, N2O, moisture


INTRODUCTION

Although soils are buffered by ion exchange reactions and weathering of minerals (Chadwick and Chorover, 2001), they become gradually acidified by cultivation, primarily due to ammoniacal nitrogen fertilization and loss of base cations (von Uexküll and Mutert, 1995; Guo et al., 2010). Soil acidification is commonly counteracted by carbonate addition, either as frequent low doses or as infrequent heavy dressings (Shaaban et al., 2014; Goulding, 2016). Crop plants display substantial variation in acid tolerance (Goulding, 2016), and even cultivars within one species may vary in their tolerance to soil acidity (Kochian et al., 2004). Thus, the target pH for sustaining high yields will depend on the crop, with the minimum given by its tolerance to acidity and the maximum by the micronutrient availability of the soil at elevated pH (White and Robson, 1989). Liming may also serve other purposes than securing an agronomic minimum pH for crop production. Heavy dressings of CaO (or Ca(OH)2) reduce soil erosion by improving the structure of heavy clay soils (Ulén and Etana, 2014), while the effect on crop growth appears variable, possibly due to reduced manganese availability at high pH in some soils (Blomquist et al., 2018).

Liming beyond the minimum for crops has also been proposed as a means of reducing N2O emissions, since soil acidification leads to high N2O/N2 product ratios of denitrification under standardized anoxic incubations. This was first observed by Wijler and Delwiche (1954), and corroborated by subsequent investigations, although the reason remained obscure (Čuhel and Šimek, 2011). Recent studies of transcription and enzyme kinetics have provided compelling evidence that this is a post-transcriptional phenomenon: the making of functional N2O-reductase is increasingly impaired with increasing proton concentrations (Liu et al., 2014).

Numerous field and microcosm experiments have been conducted to determine if N2O emission can be reduced by increasing soil pH, be it by carbonates (Shaaban et al., 2014, 2015, 2018; Oo et al., 2018), or biochar (reviewed by Cayuela et al., 2014). Although the investigations generally corroborate the hypothesis, there are also cases where N2O emissions were either unaffected or even increased in response to elevated soil pH (see review by Qu et al., 2014). One reason for the variable effect of liming on N2O emissions from soils could be the production of N2O by ammonia oxidizing organisms. The three known groups of ammonia oxidizing organisms are the ammonia oxidizing bacteria (AOB), the ammonia oxidizing archaea (AOA) and the recently discovered comammox group (Daims et al., 2015), which oxidizes NH3 all the way to NO3– While little is known about the ecology and N2O production of comammox, the biochemistry and ecophysiology of AOB and AOA and their N2O production have been subject to intense studies. AOA are frequently found to outnumber AOB in soils with low availability of NH4+ and low pH, while AOB appear to thrive in response to high pH and fertilization with NH4+ (Nicol et al., 2008). Thus, liming acid soils should favor AOB over AOA, which would enhance N2O production by nitrification because AOB produce much more N2O per mole N oxidized than AOA, as pointed out by Hink et al. (2017a).

Next to the prevalence of AOB and AOA, the amount of N2O produced per mole N oxidized could also be affected by the rate of nitrification: nitrification consumes oxygen and produces NO2– and NO3–, hence potentially inducing denitrification, either by heterotrophic or nitrifying organisms (Kool et al., 2011a, b; Huang et al., 2014). Isotope tracing data have been taken to suggest that nitrifier denitrification is more significant than heterotrophic denitrification in soils (Zhu et al., 2013; Wrage-Mönning et al., 2018), but the validity of this has been challenged recently by Bakken and Frostegård (2017), who claim that the isotope tracing method cannot be used to distinguish between the two pathways. This distinction is important in the context of pH management because the net production of N2O by heterotrophic denitrification is strongly dependent on pH, while that by nitrifier denitrification is not: denitrification by nitrifying organisms produces pure N2O regardless of pH, because they lack the gene for N2O reductase (nosZ) (Klotz and Stein, 2011).

While increasing soil pH was expected to reduce the N2O emission from denitrification by enhancing the synthesis of functional N2O reductase, we hypothesized that it would have the opposite effect on N2O emission from nitrification, both by increasing its N2O yield (mol N2O per mol NO3– produced) and by enhancing the potential nitrification rate. The latter would lead to high oxygen consumption after fertilization with ammonium, hence increasing the risk for hypoxia and denitrification if the soil moisture content is high. Such nitrification induced denitrification would be a strong N2O source, hypothetically enhanced by increasing the soil pH, unless effectively counteracted by enhanced synthesis of N2O reductase at high pH. To shed light on the potential stimulation of N2O emission from nitrification after liming, we conducted a series of laboratory incubations with soils sampled over a period of 2 years from a field trial, in which carbonates were compared with siliceous rock powders as agents to increase the soil pH (Nadeem et al., 2015). The motive for testing powdered siliceous rocks was to explore the possibility of using carbonate-free minerals, thus avoiding the emission of carbonate-CO2. In addition, we describe the effect of the rock powders on the AOB/AOA ratio as a function of increasing soil pH.

While corroborating the well-known effect of pH-increase on the synthesis of functional N2O reductase (hence reducing N2O emission from denitrification), the strictly oxic incubations demonstrated that the rate of nitrification and its N2O yield increased with soil pH. We further demonstrate that nitrification-induced denitrification increases with soil moisture, and provide evidence that oxygen consumption by nitrification induces heterotrophic denitrification, rather than nitrifier-denitrification. The results are important because they explain why the effect of liming on the N2O emission induced by ammonium fertilization depends on the soil moisture content: at very high soil moisture content, ammonium fertilization may cause high N2O emission by inducing heterotrophic denitrification, and this emission can be reduced by liming. At modest/low moisture content, ammonium fertilization induces modest N2O emission from nitrification alone, and this is enhanced by liming.



MATERIALS AND METHODS


Experimental Site and Soil Sampling

Soils were sampled from a field trial established in autumn 2014, to test the effect of finely ground siliceous minerals as alternatives to liming. The trial is situated on the research farm of the Norwegian University of Life Sciences (NMBU) at Ås (59° 49′ N, 10° 47′ E, 75 m a.s.l) in southeast Norway. Mean annual temperature is 7.7°C and mean annual precipitation is 1,083 mm (Hansen and Grimenes, 2015). The field had been under crop rotation including leys since 1953, and the soil (clay loam) had not been limed since 1970. The field trial consists of six treatments: two types of calcareous lime (calcite and dolomite), and three types of siliceous rock powders (olivine, norite, and larvikite) and an untreated control. Each treatment was replicated four times and randomly distributed in two blocks (same blocks as the previous crop rotation experiment). Soil pH and content of soil organic matter measured prior to liming is given in Supplementary Table 1. Minerals were applied during autumn 2014 at a rate of 30 t ha–1 (siliceous rock powders and calcite) and 23 t ha–1 (dolomite). The siliceous minerals were Olivine: Blueguard 63, particle size <63 μm, from the company Sibelco Nordic AS Norway; Larvikite: rock cutting dust from Lundhs AS Norway, which was further ball milled and wet sieved to achieve a particle size <63 μm; Norite: waste material from titanium enrichment process (cyclone removal of particles), from Titania AS Norway, particle size <300 μm (∼50% W/W <63 μm); Calcite obtained as a suspension of colloidal particles (0.4–1.5 μm) from OMYA-Hustadmarmor AS; and Dolomite, obtained as an agricultural lime from Franzefoss A/S Norway. The mineral materials were mixed evenly into the upper 20 cm of the soil by plowing after adding half of the material, then harrowing after adding the second half. Winter wheat was sown in late autumn 2014, but failed to establish, and the field was plowed again in the late spring of 2015. Barley (Hordeum vulgar, cultivar Sunita) was sown on June 5 as a cover crop together with a grass mixture (20% Phleum pratense, 25% Lolium perenne, 25% Festuca pratensis, 20% Festuca arundinacea schreb, 10% Poa pratense L), fertilized with 100 kg N ha–1 (mineral fertilizer, NPK 22:3:10). The cover crop was harvested after 8 weeks. Ley growth was poor in the year of establishment, but improved in subsequent years. The ley was fertilized with 270 kg N ha–1 y–1 as NPK or CAN, split into 120 kg N in spring, 90 kg N after the 1st harvest and 60 kg N after the 2nd harvest. Soil samples were collected in 2015 and 2016 (during summer and late autumn), at 15, 21, and 27 months after liming. A composite sample (2–10 cm) was taken from each replicate plot by pooling at least 6 auger cores per plot. The soil samples were immediately transferred to the laboratory, sieved (2 mm), and stored in plastic bags at 4°C, until used for analyses and laboratory incubations (1–5 days after collection). To determine soil pH, 10 g soil were thoroughly dispersed in 25 mL 0.01 M CaCl2 (hand shaken). The slurry was left to settle overnight, then shaken again, and finally left to settle for 15 min before measuring the pH.



Nitrification and Denitrification Kinetics


Soil Slurry Experiments

Soil slurries were used for potential nitrification and denitrification experiments. Equivalents of 4 g dry weight soil were transferred to 120 ml serum flasks and dispersed in 40 ml 1 mM NH4Cl (for nitrification) or KNO3 solution (for denitrification). All flasks were equipped with Teflon coated magnetic stirrers, and crimp-sealed with Teflon-coated silicone septa for nitrification experiments (to avoid inhibition of nitrification), and butyl rubber septa for denitrification experiments.

To ensure low initial NO3– concentrations in the nitrification assay, the soils were first flooded with deionized water and drained by vacuum in 500 ml filter funnels (Millipore) with 0.45 μm filters, then transferred to the vials (4 g dry weight equivalents). The nitrification assay was performed at 23°C, while shaking the flasks horizontally on a reciprocal shaker (125 rpm) to ensure that fully oxic condition were maintained throughout the incubation. To measure N2O, the bottles were removed from the shaker once or twice per day and placed for a short period in a temperature-controlled water bath (23°C) of the incubation robot (Molstad et al., 2007). The robot sampled the headspace (∼1 mL) with a hypodermic needle, to determine O2 and N2O concentrations. After each sampling, an equal volume of He was pumped back to the headspace to keep the flask pressure at ∼1 atm. We used the new version of the robot, described by Molstad et al. (2016), equipped with an Agilent GC-7890A gas chromatograph with three detectors (FID, TCD, ECD) for determining the concentrations of O2, N2, N2O, and CO2, and with a chemiluminescence detector (Teledyne NO/NOx analyzer mod 200E) for detection of NO. After each gas analysis, the flasks were returned to the reciprocal shaker. Oxygen concentrations in the headspace were monitored throughout, and pure oxygen was added when O2 concentration fell below 16 vol% in the headspace, thus maintaining O2 concentration between 15 and 20 vol%.

Denitrification kinetics were measured by frequent sampling from the headspace of 120 ml serum flasks containing 4 g dry weight soil and 40 ml of 1 mM KNO3. The flasks were placed in the water bath of the incubation robot, and the slurries were stirred continuously (400 rpm). Before the incubation, all flasks were washed with He by repeated evacuation and filling. The final He overpressure was released by using a syringe without plunger containing water. The observed gas kinetics were corrected for dilution and leakage as outlined by Molstad et al. (2007). Soil pH for each replicate sample was measured at the beginning and end of the incubation, and the average of these two values was used for further calculations.



NO2– and NO3– Measurements

Nitrification rates were determined from the accumulation of NO3– and NO2– in the soil slurries over time. Once per day, 0.5 ml of the soil slurry was removed with a syringe and centrifuged at 10,000 g for 15 min at 4°C. NO3– and NO2– concentrations in the supernatant were determined immediately by colorimetry using a microplate reader (Infinite F50, TECAN Austria GmbH) at 540 nm. Both NO3– and NO2– were measured by Griess reaction (Keeney and Nelson, 1982), with NO3– being converted to NO2– by vanadium chloride (Doane and Horwath, 2003).



Calculations

Nitrification rates were calculated from NO2– + NO3– accumulation, while denitrification rates were calculated as the sum of NO, N2O and N2 accumulation. N2O emission potentials from each process were estimated by calculating the N2O yield as N2O/(NO2– + NO3–) for nitrification and the N2O production index (IN2O) for denitrification. The N2O index of denitrification was calculated as described in Liu et al. (2010).

[image: image]

where N2O (t) is the accumulated flux of N2O at any time t, N2 (t) is the accumulated flux of N2 at any time, and T is the time when a certain amount of NO3–-N kg–1 soil was recovered as gaseous N (NO2–, NO, N2O, and N2). IN2O was calculated for two time periods, T10 and T25; i.e., the time point when 10 and 25 μmol NO3–, respectively, had been denitrified to gaseous N.




Incubation Experiments With Remolded Soil

To study nitrification and denitrification under more realistic conditions than in slurries, we conducted a series of incubations with remolded soils.

Aerobic incubation was used to study nitrification (and its N2O emission): 10 g of sieved soil from each plot (15 months after liming) was added to 120 ml serum flasks, packed to a bulk density of 1 g cm–3 and adjusted to 60% water filled pore space (WFPS). To induce nitrification, the soil was amended with a concentrated (NH4)2SO4 solution equivalent to 110 mg N kg–1 soil by carefully distributing the solution throughout the soil volume, by using a syringe with a long needle. The flasks were incubated with air in the headspace at 20°C for 150 h, and O2 consumption and N2O production were monitored by the robotized incubation system described above. Nitrification was estimated from NO3– and NO2– accumulation in parallel offline incubation flasks covered with aluminum foil, which were subsampled periodically for determination of NO3– and NO2– concentrations (0.5 g soil was transferred to Eppendorf tubes with 1 ml deionized water, shaken, and centrifuged). The experiment was repeated at higher WFPS values (70 and 85%) with soils collected 27 months after liming to quantify the net N2O emissions under conditions supporting coupled nitrification-denitrification, i.e., the reduction of NO3– or NO2– from nitrification by denitrification.

Anaerobic incubation of remolded soil was used to study denitrification: Prior to incubation, the soils were flooded with 2 mM KNO3 solution and then drained, as described by Liu et al. (2010). After drainage an equivalent of 20 g dry weight soil was loosely packed into 120 ml serum flasks. Headspace gas was replaced with He. Headspace gasses were monitored as described above.



SSU rRNA Gene Sequence Analysis

DNA was extracted according to the protocol of Lim et al. (2016). To determine the relative proportion of AOB vs. AOA, we conducted amplicon sequencing of the SSU rRNA gene from the microbial communities in the different field plots as sampled December, 2016. Briefly, the V4 region of the 16S rRNA gene was amplified with the 515f (5′-GTGYCAGCMGCCGCGGTAA-3′) and 806rB (5′-GGACTACNVGGGTWTCTAAT-3′) primers (Apprill et al., 2015; Parada et al., 2016) by following the Earth Microbiome Project protocol1, and amplicons were sequenced on an Illumina MiSeq instrument using a 600 cycle kit, v3 (2 × 300 bp paired-end reads). A total of 36 samples were sequenced, which includes field plots that were sequenced in triplicate (Supplementary File 1) as technical replicates. The number of sequence reads per sample ranged from 81,276 to 457,377 with a mean of 299,296 and standard deviation of 99,835. The demultiplexed FASTQ files were obtained from the sequencer and analyzed in the statistical software R2 using the packages DADA2 (Callahan et al., 2016) and Phyloseq (McMurdie and Holmes, 2013). Taxonomy of the resultant Amplicon Sequence Variants (ASVs) was established by reference to the Silva SSU rRNA database release 132 (Yilmaz et al., 2014). We then identified ammonia-oxidizers by searching for the term “nitroso” among all levels of the taxonomic hierarchy, whereby we determined that the ammonia-oxidizing Archaea consisted solely 42 ASVs in 2 classes of the phylum Thaumarchaeota, Nitrososphaeria and “Group_1.1c”. Similarly, we identified ammonia-oxidizing Bacteria as consisting of 77 ASVs within the family Nitrosomonadaceae within the phylum Gammaproteobacteria. The abundances of these ASVs in the different samples were tallied to obtain the relative abundance of AOB and AOA and thus to determine the AOB/AOA ratio. To identify nitrite oxidizing bacteria, we similarly searched for their taxonomic descriptors and identified Nitrospira, Nitrobacter, and Candidatus Nitrotoga as present in the dataset. A total of 20 Nitrospira ASVs were detected while only one sample contained one Nitrobacter ASV and another sample contained a single Candidatus Nitrotoga ASV.



Accession Numbers

The sequence data analyzed in this study is available for download at the Sequence Read Archive (SRA) under BioProject accession PRJNA541961, which corresponds to BioSample accessions SAMN12414160 to SAMN12414195 and SRA accessions SRS5197145 to SRS5197180.




RESULTS


Soil pH

Average soil pH measured in the field plots throughout the 26 months after application of lime and siliceous minerals are shown in Table 1. The pH increased 1.57 units in the calcite treatment, 0.58 in the dolomite, 0.16 in the olivine and 0.11 in the norite treatment. Larvikite had no significant effect on the soil pH (p = 0.12 for pairwise t-test of larvikite versus control). The calcite effect decreased over time by 0.5 units (Supplementary Figure 1).


TABLE 1. Soil pH as affected by the mineral treatments.
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Denitrification Kinetics in Anoxic Slurry Incubations

The gas kinetics in anoxic slurries of soils sampled 27 months after incorporation of lime and rock powder (Figure 1) showed transient accumulation of both NO and N2O which clearly declined in magnitude with increasing soil pH, more dramatically so for N2O than for NO. Stable plateaus of N2, reached after ∼60 h indicated depletion of N oxides since the levels largely accounted for the initial amount of NO3–-N present in the flasks (∼14 mmol N kg–1; the soil contained ∼4 mmol NO3– kg–1). Table 2 summarizes the maximum denitrification rates, maximum NO and N2O accumulation, and the N2O index (IN2O) for incubation experiments carried out with soils sampled 15, 21, and 27 months after liming. Denitrification rates were lowest in samples taken during winter 2015 (the year of ley establishment), and largest in summer of the first production year, after which they decreased again in the following winter. Denitrification rates exhibited a slight but statistically significant increase with soil pH (Supplementary Figure 3), while the transient accumulation of NO declined with pH. The influence of soil pH on the N2O/(N2O + N2) ratio of denitrification was examined by plotting the N2O index (IN2O) across pH, revealing a marked decrease with increasing pH (Supplementary Figure 4).
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FIGURE 1. Denitrification in soil slurries. NO and N2O are shown as measured, while N2 is the cumulative production (measured values corrected for sampling loss, see Molstad et al., 2007). Plotted values are means and standard errors of four field-replicates for each treatment, sampled 27 months after mineral applications in the field experiment. Samples taken 15 months after mineral treatment showed very similar response to soil pH whereby the N2O production index (IN2O) declined with soil pH. IN2O for individual soil samples in both experiments are shown in Supplementary Figure 4.



TABLE 2. Denitrification rates and transient NO and N2O accumulation in anoxic slurry incubations.
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Nitrification and N2O Yield in Oxic Slurry Incubations

Figure 2 shows the kinetics of oxygen consumption, transient accumulation of NO2– and the accumulation of N2O + NO3– in oxic slurries of soils sampled in December 2015 and 2016 (15 and 27 months after incorporation of lime and siliceous minerals). Similar kinetics were observed for soils sampled 21 months after liming and Table 3 summarizes essential variables for all three sampling dates. The oxygen consumption rate was largest in calcite and dolomite treated soils, followed by olivine (p < 0.0005), whereas larvikite and norite treatments were indistinguishable from the control.
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FIGURE 2. Nitrification in oxic soil slurries. Oxygen consumption (cumulative), and production of N2O nitrite and nitrate oxic soil slurries. Plotted values are the means and standard errors of four field replicates of each mineral treatment. Plotted gas kinetics are from two incubations experiments with soil collected from the field December 2015 (Panel A) and 2016 (Panel B) (15 and 27 months after application of minerals).



TABLE 3. Rates of O2 consumption, ammonium oxidation, N2O production, NO2– accumulation and N2O yield (YN2O) in oxic slurry incubations.

[image: Table 3]
The NH4+ oxidation rates (measured as NO2– + NO3– accumulation) increased linearly with pH (Figure 3). NH4+ was evidently not depleted during the incubation, except for the calcite-amended soil sampled 15 months after mineral application (Figure 2: the NO3– plateaus reached after 60–90 h match the initial amounts of NH4+, which was 1.4 mmol NH4+ kg–1). Transient accumulation of NO2– was substantial in the high pH soils (calcite > dolomite), whereas it was marginal in the other treatments and was found to increase exponentially with pH (Supplementary Figure 4). The calculated N2O yield (YN2O) ranged from 0.09 to 0.34% and was significantly higher in the calcite and dolomite treatments than in the other treatments. Assuming that the oxidation of 1 mole of NH3 to NO3– consumes 2 moles of O2, the measured nitrification accounted for 20–90% of the measured oxygen consumption rate (consistently highest for calcite).
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FIGURE 3. Relationship between soil slurry pH, NH4+ oxidation rate and N2O yield (% of oxidized N emitted as N2O-N) in oxic nitrification assays. The plotted values are single flask values for four field replicates of each treatment. Plotted values are from two incubation experiments with soils collected from field 15 and 27 months after application of minerals.




Anoxic Incubations of Remolded Soil

For loosely remolded soil sampled 27 months after liming and incubated under fully anoxic conditions, denitrification gas kinetics exhibited similar N gas accumulation patterns as observed in the anoxic soil slurries. Calcite and dolomite treated soils accumulated less N2O than any other treatment (Figure 4). Denitrification rate, maximum N2O and N2O index (IN2O) in remolded soil experiments are shown in Table 4. Denitrification rates were calculated for the period 0–50 h of incubation, and the N2O index for the time point when 500 μmol N kg–1 soil was recovered as NO + N2O + N2-N.
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FIGURE 4. Gas kinetics of denitrification in remolded soil under anoxic conditions. Plotted values are the means and standard error of four field replicates. Soil samples were collected in December 2016 (27 months after application of minerals).



TABLE 4. Denitrification rate and production of NO and N2O during anoxic incubation of remolded soils amended with nitrate.
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Oxic Incubations of Remolded Soils

The O2 consumption rates, NH4+ oxidation rates, maximum NO2– concentrations, and the N2O yields for these incubations are all summarized in Table 5, and the N2O kinetics is shown in Figure 5A. The O2 consumption rate increased gradually with increasing soil moisture content: the average O2 consumption rates (all treatments) were 75, 106, and 153 μmol O2 kg–1 soil h–1 at 60, 70, and 85% WFPS, respectively. The higher O2 consumption rate at 70% than at 60% WFPS likely reflects a higher concentration of available organic carbon: soils used for the 60% WFPS experiments were sampled in December 2015, while the 70 and 85% WFPS experiments used soil samples taken in December 2016, when the ley was fully established. This is confirmed by oxygen consumption rates measured in oxic soil slurries (Table 3): the average rates for the December samples were 230 and 274 μmol O2 kg–1 soil h–1 in 2015 and 2016, respectively, i.e., a 20% increase from 2015 to 2016.


TABLE 5. Rates of O2 consumption, net NO2– + NO3– accumulation, maximum NO2– accumulation and N2O production rate during oxic incubation of remolded soils amended with ammonium at 60, 70, and 85% WFPS.
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FIGURE 5. N2O accumulation during oxic incubations of remolded soils amended with NH4+. Panel (A) shows the N2O kinetics throughout the incubations at the three moisture levels (means and standard error, n = 4). Panel (B) shows the N2O production rates during the first 50 h of incubation plotted against the pH of the soils (individual flasks). Soils were collected from the field 15 months after liming (December 2015) for the 60% WFPS experiment and 27 months after liming (December 2016) for the 70 and 85% WFPS experiment. The NO2– + NO3– accumulation throughout the incubations at 60 and 85% WFPS are shown in Supplementary Figure 6.


The percentage of O2 consumption theoretically accounted for by NH3 oxidation (assuming 2 mol O2 consumed per mol NH4+ oxidized) varied between 20 and 40% at 60% WFPS, which is somewhat lower than in the soil slurries. For the 85% WFPS treatment, much lower percentages were calculated, reflecting that NO3– consumption by denitrification resulted in grossly underestimated nitrification rates.

On average, the estimated N2O yield (YN2O) at 70% WFPS was twice as high as at 60% WFPS (0.088 versus 0.043%, Table 5). The YN2O values for 70% WFPS are uncertain, however, since they are based on the assumption that nitrification rates were the same as at 60% WFPS. The 85% WFPS treatment differed markedly from the two other moisture levels in that O2 consumption rates were larger, rates of NO2– + NO3– accumulation were lower, and N2O production rates were two orders of magnitude higher. The apparent N2O yields calculated for the initial 75 h (Table 5) were high, ranging from 2 to 15%, and approximately twice as high if calculated for the first 45 h of incubation, except for calcite, for which the N2O production was low compared to the others, and more constant throughout. The pH response of the N2O production rate in the 85% WFPS treatment differed fundamentally from those of the lower WFPS treatments (Figure 5B): while the N2O production rates increased with pH at 60 and 70% WFPS, they declined sharply at 85% WFPS.



AOA, AOB, and Nitrite Oxidizer Abundances

The relative abundance of AOA-, AOB-, and NOB-SSU in the overall bacterial community, as indicated by SSU rRNA amplicon sequencing, are shown in Figure 6. AOA identified in the samples consisted of 42 ASVs in the phylum Thaumarchaeota including the genera Candidatus Nitrosotalea, Nitrososphaera and Nitrocosmicus, as well as undescribed taxa within the phylum (Supplementary File 1). The identified AOB consisted of 77 ASVs from the family Nitrosomonadaceae within the phylum Proteobacteria and consisted of the genera Nitrosomonas and Nitrosospira, as well as several uncharacterized genera (Supplementary File 1). We also identified SSU rRNA genes affiliated to the phylum Nitrospirae and the genus Nitrospira, which are nitrite oxidizers (Supplementary File 1 and Supplementary Figure 8). Regression analyses showed that the relative abundances of AOB and NOB increased significantly with soil pH (p < 0.001 for both), while AOA declined with pH (p = 0.02), and the AOB/AOA abundance ratio increased with pH (p < 0.001). SSU rRNA identified as Nitrospira may include comammox, i.e., organisms that oxidize ammonium to nitrate (Daims et al., 2015), but the ability of a given Nitrospira to carry out comammox as opposed to only nitrite oxidation may only be discerned by analysis of their functional genes (Daims et al., 2015). Hence, our SSU rRNA analysis cannot discern whether the Nitrospira ASVs detected are simple NOB or comammox.
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FIGURE 6. The relative abundance (%) of nitrifying organisms as affected by soil pH. The figures show the relative abundance SSU rRNA copies (%) for AOB (A), NOB (B) and AOA (C), and the ratio between AOB and AOA abundance (D); all plotted against pH measured in 0.01 M CaCl2. Each point represents one individual field plot. The equation for the linear regression is included (all were significant, p < 0.05). The abundance of dominating groups within AOA and AOB are shown in Supplementary Table 4. The N2O yield of nitrification in soil slurries (YN2O. mol N2O-N per mol oxidized NH4+) correlated strongly with the AOB/AOA ratio (Supplementary Figure 7).





DISCUSSION

It has become increasingly clear that the reason why emissions of N2O from soils increase with acidity (Wang et al., 2018) is that the synthesis of functional N2O reductase is impeded by low pH (Liu et al., 2014). Therefore, liming of acidic soil should reduce N2O emissions and would justify the use of high doses of lime/biochar to mitigate these emissions, hence reducing the climate forcing that occurs as a result of fertilizer use in crop production. In theory, this beneficial effect of liming on climate forcing could be outweighed by emission of carbonate-CO2, although the assumption that all carbonate-C is released as CO2 has been contested (Hamilton et al., 2007; Page et al., 2009). Nevertheless, the emission of carbonate-CO2 was our motive for testing finely ground siliceous minerals as alternatives to carbonates. The weathering of siliceous minerals will increase the pH of acidic soils, but our results so far are discouraging: while the carbonate materials caused a substantial increase in soil pH, larvikite had no significant effect, and norite and olivine increased the pH by only 0.11 and 0.16 pH units, respectively (Table 1 and Supplementary Figure 1). Thus, although demonstrating the potential for two of the siliceous minerals, the weathering rates were obviously too low to achieve substantial increase in soil pH within 3 years after application. Improvement could have been achieved by grinding the minerals to finer particle size, since the weathering rate is proportional to the surface area, but the cost would be prohibitively high (van Noort et al., 2018).

N2O emission from denitrification typically occurs during hypoxic/anoxic spells and is caused by transiently high soil moisture, high oxygen consumption rates, or both. The N2O emissions during such “hot events,” or in “hot spots” if localized in microsites with high oxygen consumption rates (Schlüter et al., 2019) depends on the enzyme kinetics: early/efficient synthesis of active N2O reductase secures a low N2O/(N2 + N2O) product ratio, hence minimizing emission of N2O, whereas delayed synthesis will lead to a high N2O product ratio and emission. Since the synthesis of functional N2O reductase is severely impeded/delayed by low pH (Liu et al., 2014), the emission of N2O will decrease with increasing soil pH. Anoxic soil incubations are commonly used to mimic anoxic spells, and such experiments have invariably shown that the transient accumulation of N2O is controlled by pH (Čuhel and Šimek, 2011; Raut et al., 2012; Qu et al., 2014). The present result is no exception: increasing the pH by liming clearly lowered the N2O/(N2O + N2) product ratio during anaerobic incubations of both soil slurries (Figure 1 and Table 2) and remolded soil (Figure 4). Thus, our findings corroborate previous investigations of denitrification as affected by pH. Our main aim, however, was to investigate the effect of liming on both denitrification and nitrification, and their contribution to N2O emission.

Based on Hink et al. (2018) we hypothesized that increasing the pH by using lime or siliceous minerals would increase the potential nitrification rates in the soil, and selectively stimulate bacterial (AOB) over archaeal ammonia oxidizers (AOA). We further hypothesized that the N2O yield of nitrification (YN2O) would increase with soil pH (as observed previously by Mørkved et al., 2007), because AOB have an inherently higher YN2O than AOA (Hink et.al. 2017a). The SSU rRNA gene quantification corroborated the hypothesis regarding selective stimulation of AOB (Figure 6). The effect of soil pH on AOA and AOB abundances has also been studied by Hu et al. (2013), who observed that the qPCR-determined ratio of AOA/AOB decreased with increasing soil pH, and hence the inverse of that ratio, or the AOB/AOA ratio increases, which supports our findings (Figure 6). The AOA taxa included several candidatus genera as well as a number of uncharacterized taxa, suggesting that there remains considerable diversity to be explored among AOA, whereas for the AOB, all the ASVs were from the Nitrosomonadaceae and mostly affiliated with named genera, although most were apparently uncultivated phylotypes such as “mle1-7,” “MND1,” etc. (Supplementary File 1). In addition, the slurry experiments confirmed the effect on nitrification rates and N2O yields (Figure 3). The soil slurry experiments were designed to secure oxic conditions, thus eliminating denitrification as a source of N2O. This is important, because it means that the N2O produced in these experiments largely reflects the inherent N2O production by the ammonia oxidation pathways. A similar increase in abundance of the nitrite-oxidizing Nitrospira (Supplementary Figure 8) with increasing pH was observed by Rousk et al. (2010), although in that study the r2 between pH and Nitrospira relative abundance was 0.16 with P = 0.20.

We further hypothesized that the enhancement of nitrification by liming would increase the risk that the oxygen consumption by nitrification creates hypoxic/anoxic microsites in soil, thus inducing heterotrophic denitrification. This would be aggravated by high soil moisture content (Schurgers et al., 2006). The results with remolded soils shed some light on this (Table 5): at low soil moisture content (60 and 70% WFPS), YN2O was lower than in the soil slurries, but increased with soil pH (as in the soil slurries) thus suggesting that nitrification was the main dominating process. At high soil moisture content (85% WFPS), the apparent YN2O was 2–3 orders of magnitude higher than in the low moisture (60 and 70% WFPS) experiments, plausibly because oxygen consumption by nitrification along with high WFPS resulted in hypoxic/anoxic microsites and hence denitrification. This N2O-production by denitrification could be expected to be promoted by high soil pH because of the higher nitrification rate (providing NO2– and NO3– for denitrification), but the opposite was the case; the N2O production rates clearly declined with soil pH. Our interpretation of this finding is that, while denitrification was induced at all pH levels, the N2O/(N2 + N2O) product ratio declined with increasing soil pH due to more efficient synthesis of functional N2O reductase at high pH (Liu et al., 2014). This necessarily implies that heterotrophic denitrification, rather than nitrifier denitrification must have been dominating, because ammonia oxidizing bacteria lack the gene for N2O-reductase. A recent study of the electron flow to denitrification in ammonia oxidizing bacteria support this interpretation, showing that although the electron flow to nitrite- and nitric oxide reductase in these organisms increased in response to hypoxia, it never amounted to more than 1.2% of the total electron flow (Hink et al., 2017b). This finding lends little support to the common notion that nitrifier denitrification is a strong source of N2O in soils under partially hypoxic conditions (Zhu et al., 2013; Mushinski et al., 2019). As argued elsewhere (Bakken and Frostegård, 2017), the evidence for significant N2O production by nitrifier denitrification is in fact rather weak. The notion emerged as a result of circumstantial evidence (co-occurrence, and selective inhibition of ammonia oxidation), and later by employing 18O/15N tracing to differentiate between N2O from nitrifier denitrification and heterotrophic denitrification (Wrage-Mönning et al., 2018). The differentiation is based on the assumption that nitrite produced by ammonia oxidizers is exclusively reduced by the ammonia oxidizers themselves, because heterotrophs prefer nitrate. This is highly improbable, however: a fraction of the denitrifying heterotrophs carrying nitrite reductase lack nitrate reductase (Lycus et al., 2017), and those with nitrate reductase will reduce external nitrite along with nitrate because nitrite is a free intermediate that is reduced outside the cytoplasmic membrane. This, together with the fact that heterotrophic denitrifiers grossly outnumber ammonia oxidizing organisms, and that nitrifiers allocate miniscule fractions of the electron flow to denitrification (Hink et al., 2017a), suggests the opposite: under hypoxic conditions the nitrite produced by ammonia oxidizers is more likely to be reduced by heterotrophs than by ammonia oxidizers themselves.

Our results are important because they explain why increasing the pH of acidic soils (by lime or biochar) has a contingent effect on their N2O emission. Highly variable effects may be expected for systems/conditions where N2O emission is driven by high ammonium oxidation rates such as urine patches (Clough et al., 2004; Carter, 2007; Khan et al., 2011), while consistent reduction of the N2O emission can be expected for systems/conditions where heterotrophic denitrification is dominant. Laboratory experiments may be designed to isolate nitrification- and denitrification driven N2O emissions, but in agronomically realistic field experiments, the contributions of nitrification and denitrification merge and fluctuate (Russenes et al., 2016), being further modulated by a plethora of other factors (Butterbach-Bahl et al., 2013; Saggar et al., 2013; Rochette et al., 2018). As a result, the net effect of pH management on N2O emissions in single field experiments is to some extent anecdotic, and the evaluation of pH management as a mitigation option should be based on ensembles of well-designed field experiments. Unfortunately, most of the existing emission data are from field experiments designed to test other factors than pH. Nevertheless, a recent meta-study by Wang et al. (2018), which used emission data from 117 studies worldwide, demonstrated an overall reduction of N2O emission by increasing soil pH, creating a basis for recommending liming for mitigating N2O emissions from acidified soils.
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Nitrogen (N) is the most critical element limiting agricultural production at a global scale. Despite many efforts, the N use efficiency (NUE) in agriculture remains in a range of less than 50%. Reaching targeted crop yields has resulted in N overuse, which is an economic and environmental concern worldwide. The continuous exploration of innovative solutions has led to the synthesis of novel nanomaterials, resulting in a powerful tool for the development of new technological products. Nanofertilizers are one of the most promising engineered materials that are being tested, either for soil or foliar applications. Encouraging results have been obtained using nanofertilizers in different plant species, however, limited information has been reported about its use in grasslands. Commonly, N is applied to grassland soils as granular fertilizers, which may result in significant losses via surface runoff or leaching, ammonia (NH3) volatilization and N oxides (N2O, NO, NOx) emissions. Nitrogen nanofertilizers are expected to increase NUE by improving the effectiveness of N delivery to plants and reducing N losses to the environment. Information on the efficiency of the use of N nanofertilizers in grasslands species is scarce and the application strategies that can be used to avoid N losses are poorly understood. New scenarios of increasing economic and environmental constraints may represent an opportunity for N nanofertilizers application in grasslands. This article reviews its potential use as an innovative approach to improve NUE and reduce N losses to the wider environment, analyzing potential shortcomings and future considerations for animal food chains.
Keywords: nitrogen nanofertilizers, nitrogen losses, nitrogen use efficiency, nanofertilizers in grasslands, nitrogen based nanomaterials
INTRODUCTION
The world population is estimated to exceed 9.7 billion by 2050 (FAO, 2018). Accordingly, it has been anticipated that current crop production needs to be increased by up to 70% to satisfy future food demands (Hunter et al., 2017). This great challenge will require combined efforts to preserve natural resources to support intensive agriculture while limiting detrimental impact on the environment (Lee et al., 2006; Hunter et al., 2017; Xie et al., 2019). The intensive use of mineral fertilizers and organic amendments has negatively affected soil and water quality worldwide (Bashir et al., 2020). In particular, the use of conventional N fertilizers has caused substantial N losses to the environment, triggering eutrophication of waters, soil acidification, and biodiversity loss (Banger et al., 2017).
Since the industrial revolution, the use of synthetic N fertilizers has led to the increase of atmospheric N2O, one of the most important anthropogenic greenhouse gases causing global warming (Davidson, 2009). Despite previous efforts, the Nitrogen Use Efficiency (NUE) in agricultural systems has remained low, meaning that on a global scale, more than 50% of the N applied to agricultural soils is potentially lost into the environment (Lassaletta et al., 2014). One of the major challenges of modern agriculture is to satisfy actual and future global food demands efficiently. The current NUE needs to be improved substantially by increasing the efficiency of agricultural systems, adopting environmentally sound agronomic practices, and exploring disrupting technologies.
Nanotechnology is the study, design, creation, synthesis, manipulation and application of nanometric scale materials, having one or more dimensions with sizes smaller than 100°nm (Lee and Moon, 2020). Nanomaterials differ from their original materials, and alterations in their physic-chemical properties are expected, acquiring exceptional properties, functionalities, and high reactivity given by its high surface area-volume ratio (Andrews et al., 2019). In the last few decades, nanotechnology has been considered a projecting technology with plentiful applications (Marchiol et al., 2020). A wide range of materials has been used to create nanoparticles like metal oxides, ceramics, magnetic materials, semiconductor, quantum dots, lipids, polymers (synthetic or natural), dendrimers and emulsions (Benelmekki, 2015; Kumar et al., 2018; Ruiz-Cañas et al., 2020). Accordingly, several nanotechnology applications have been developed and tested as potential agrochemicals such as bactericides, fungicides, growth regulators and fertilizers (Peters et al., 2014; Pestovsky and Martínez-Antonio, 2017). Nanofertilizers are defined as materials in the nanometer scale, usually in the form of nanoparticles, containing macro and micronutrients that are delivered to crops in a controlled mode (DeRosa et al., 2010; Adisa et al., 2019; Shang et al., 2019).
According to the type of formulation, nanofertilizers are classified into three categories: 1) nanoscale fertilizer, which corresponds to the conventional fertilizer reduced in size typically in the form of nanoparticles; 2) nanoscale additive fertilizer, is a traditional fertilizer containing a supplement nanomaterial; and 3) nanoscale coating fertilizer, refers to nutrients encapsulated by nanofilms or intercalated into nanoscale pores of a host material (Mastronardi et al., 2015). Encapsulated nutrients by films or held in nanopores within a carrier material such as clays have been used to form nanocomposite structures for controlling the nutrient release (Golbashy et al., 2016; Kottegoda et al., 2017; Borges et al., 2019; Tarafder et al., 2020).
Nanotechnology applications in agriculture appear to be a promising approach, fostering the transformation of conventional production systems into upgraded agricultural practices with a clear emphasis on the development of more efficient and environmentally friendly methodologies (Duhan et al., 2017; Lowry et al., 2019). Nanofertilizers could be a crucial development in the protection of the environment because they can be applied in smaller quantities compared to traditional fertilizers (Adisa et al., 2019), hence reducing leaching, runoff, and gas emissions to the atmosphere (Manjunatha et al., 2016). At present, uncertainty exists about the production costs of nanofertilizers compared to conventional fertilizers, as well as the magnitude of the possible disruption in the existing conventional fertilizer industry (Dimkpa and Brindraban, 2018).
A comprehensive analysis of the potential benefits of using nitrogenous nanofertilizer in grasslands and its impact on N losses to the environment has to be addressed, considering, among others, its agronomic and physiological properties, growing rates, plant architecture and use, compared to annual and/or perennial crops, given that in perennial crops nutrient carryover is usually seen from one season to the next one due to retranslocation from the annual plant parts, which can naturally increase NUE (Weih et al., 2011) Additionally, perennial crops tend to have longer photosynthetic seasons resulting from earlier canopy development and longer green leaf duration, increasing seasonal light interception efficiencies and precipitation interception (Tilman et al., 2009), including retention of potential foliar applications. There are important factors to assess when using these new formulations applied to grass, to improve NUE use efficiency and losses, like N molecules type and size, temperature, specific surface area, and urease activity, among other considerations (Bowman and Paul, 1992; Ryle and Stanley, 1992; Henning et al., 2013a). This review focuses on the potential use of N nanofertilizers as a novel approach to improve NUE in grasslands and their role in reducing environmental impact, with a focus on the decrease of N losses into the environment.
NITROGEN USE EFFICIENCY IN GRASSLAND SYSTEMS
Nitrogen use efficiency (NUE) is commonly used to estimate the conversion of N inputs into agricultural products and to indicate the risk of N losses to the broader environment (Oenema et al., 2014; Norton et al., 2015). The NUE is considered an easy-to-use indicator applicable to agriculture and food production-consumption systems (EU Nitrogen Expert Panel, 2015). It is expressed as a ratio of outputs over inputs and can be estimated using a range of metrics, such as plant growth per unit of N applied (e.g. fertilizer and manure); meat or milk production per unit of animal N intake; N exported from a farm per unit of N imported; or N consumed in food per unit of N used to produce the food (de Klein et al., 2017). The NUE values have to be interpreted in relation to productivity (N output) and N surplus (i.e., the difference between N input and harvested N output). The NUE may allow decision makers to examine differences in NUE between farms, between specific systems, between countries, and between years. It also allows identifying technical progress and the efficiency of policy measures. As such, NUE can serve as a valuable indicator for monitoring sustainable development in relation to food production and environmental challenges (EU Nitrogen Expert Panel, 2015). This parameter can be also used to express the amount of N applied as fertilizer, which is harvested in crop or pasture (de Klein et al., 2017), varying mostly around 30–35%. Nitrogen use efficiency increases significantly by synchronizing, as much as possible, N availability supply with N demand (e.g. Maddux and Barnes, 1985). Nanomaterials, given they may provide a slow, steady, and time-dependent release of essential nutrients, including N, represent an opportunity to improve NUE, also reducing N leaching or losses as NH3 volatilization, in agreement with Preetha and Balakrishnan (2017). Furthermore, an increase of up to threefold as well as an improvement in productivity by promoting seed germination, seedling growth, N metabolism, photosynthetic activity, protein synthesis, antioxidant defense among other benefits (Iqbal et al., 2019).
Nitrogen Losses From Grasslands
Nitrogen could be easily lost to the wider environment. The main pathways of N losses in grassland are gaseous emissions (NH3 and N2O) and nitrate leaching and runoff (NO3− and organic N) (Cameron et al., 2013). Agriculture is recognized as a major source of atmospheric NH3, which has been associated with soil acidification, acid particulate matter and rainfall, odors (Aneja et al., 2009), and it is also indirectly linked to N2O and global warming (IPCC, 2015). As an example, agriculture is a key contributor to NH3 volatilization, representing the main source of NH3 emissions in different countries (Pan et al., 2016), averaging 31% of the N applied to crops and grasslands (Silva et al., 2017). Another important pathway of N loss is denitrification as N2O, which is a potent greenhouse gas (GHG) contributing to the depletion of the ozone layer (Matheyarasu et al., 2016). Worldwide, 12% of N2O losses are attributed to synthetic fertilizers applied to agricultural soils (IPCC, 2015).
It has been estimated that agriculture due to leaching and surface runoff of NO3− represents between 37 and 82% of the N input into surface waters of Western Europe (Isermann, 1990), where the livestock sector in this continent contributes 73% of water pollution for both N and P (Leip et al., 2015). Traditionally, N has been applied to crops and pastures as granular formulation, and integrated into the soil nutrients cycle, where it can be absorbed by plants, fixed by the soil components, or lost from the soil-plant system through different pathways (Jadon et al., 2018). There are only a few studies evaluating N losses on grass species, focusing mainly on NH3 losses (Henning et al., 2013b; Schlossberg et al., 2018), and NH3 and N2O loss (Alfaro et al., 2018). Foliar N application, using traditional or enhanced fertilizers dissolved in water, and more recently, the use of nanoformulations, has been evaluated to increase NUE (Dimkpa et al., 2020).
Potential Role of Nanofertilizers in Increasing Nitrogen Use Efficiency in Grasslands
The increasing demand for food globally will require more productive systems that use suitable and reliable technologies, ensuring low environmental impact in terms of soil and water pollution (Jyothi and Hebsur, 2017). Many agricultural management practices such as split N application, N localization, precision farming, use of liquid formulations, foliar sprays, and liming applications have been proposed to improve NUE (Sharma and Bali, 2018; Egan et al., 2019) in annual crops such as potato (Souza et al., 2020) and mix crop-livestock systems (Ershadia et al., 2020). In the case of grasslands, several management options have been studied including the traditional 4R approach for the use of fertilizer application (Right source, Right time, Right rate, Right place) (Snyder, 2017), the optimization of plant combinations according to the final purpose of the animal system including the more efficient cultivars and species (Pijlman et al., 2020), and the integration of the soil-plant-animal system, considering more efficient grazing regimes and N inputs on animal feed and manures as a source of organic fertilizer (Oenema et al., 2014; de Klein et al., 2017). Fertilizers and manures NUE may vary between 50 and 80% depending on agro-climatic conditions, soil parameters, types of pastures, and other factors (Powell et al., 2010). Authors agree that in pasture-based systems major progress in eco-efficiency will be achieved through the implementation of tailor-made aspects associated with operational management. Málinas et al. (2020), concluded that a combination of forage mixture with lower to medium N inputs could significantly contribute to increase NUE from c. 50–86%, and from 45 to 53%, respectively, while providing sustainable long-term grass yields across managed grasslands.
Nanofertilizers have been projected as a tool to meet sustainable intensification criteria in agricultural activities in the next 30 years due to the feasibility of synchronizing the release mechanism of nutrients (N and phosphorus, P) with an increment in crop yields and forage production while reducing the fertilization inputs (Kalia et al., 2019). Nanofertilizers can boost NUE by enabling a slow and constant release of nutrients thus assisting nutrient plant uptake (Jyothi and Hebsur, 2017; Kalia and Sharma, 2019). It has been reported that the use of nanofertilizers can improve crop production by up to 30% compared with traditional chemical fertilizers (Kah et al., 2018); however, there are also studies showing no advantage to using nanofertilizers over conventional fertilizers (Kopittke et al., 2019).
NANOFERTILIZER TYPES AND POTENTIAL NANOSTRUCTURES TO BE USED IN PASTURES
Nanofertilizers can be classified in nanoscale fertilizers, nanoscale additives, and nanoscale coatings (Mikkelsen, 2018). The release of nutrients that are immobilized or/and encapsulated into a particular nanocarrier (biologic, chemical and physical) is activated by three different factors. The biological factors are bacteria, fungi and other microorganisms that biodegrade the coating based on a biodegradable or synthetic polymeric material, thus allowing the release of nutrients and its fixation into the soil. The chemical-triggered mechanisms are moisture, solubilization, pH variation, soil type (Weeks and Hettiarachchi, 2019; Ramzan et al., 2020), and ion exchange reactions (Ribeiro and Carmo, 2019). The physical factors are ultrasound, magnetic field, heat and diffusion-controlled release (Mikkelsen, 2018; Ribeiro and Carmo, 2019).
Nanostructured 2D clays can be considered good candidates to carry nutrients because they are ionic systems characterized by the presence of anions and cations that compensate each other, leading to neutrality (Lazaratou et al., 2020). The ionic nature of the clays as well as their ability to host a wide range of organic and inorganic ions in combination with an elevated ion exchange capacity, may render them suitable for controlled or slow nutrients release and thus increasing NUE (Table 1). For example, Layered Double Hydroxide (LDH) (Ureña-Amate et al., 2011; Berber et al., 2013; Koilraj et al., 2013; Borges et al., 2019; Jiang et al., 2019), montmorillonite (MMT) (Golbashy et al., 2016), and Zeolite ((Manjaiah et al., 2019) are good examples of a 2D nanostructure clay with promising opportunities as nanofertilizers for grasslands. Another suitable nanomaterial, due to its intrinsic nutrient capacity is the Hydroxyapatite (HT), a nanoparticle that can supply P in a faster and more prolonged manner (biphasic pattern) (Montalvo et al., 2015; Kottegoda et al., 2017). The LDH has also been reported to have the ability to uptake P and to provide a beneficial effect in the soil due to buffer properties (Torres-Dorante et al., 2009; Silva et al., 2014; Benício et al., 2016).
TABLE 1 | Potential advantages of nanofertilizers as an alternative to increasing nitrogen use efficiency.
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Because grassland ecosystems present unique features compared to traditional annual or perennial crops, the approach for applying nanofertilizers should follow a particular strategy (Figure 1), considering grass harvest by cattle and the different grazing patterns during the year, with short (c. 10–14 days) or long periods (c. 40–60 days) between grazing cycles in managed systems in temperate regions (Whitehead, 2000). Commonly, pastures are composed of a mixture of plant species, each with a different nutrient demand, with annual, biannual or perennial species participating in the grassland ecosystem. Thus, the growth pattern varies among grassland types and so does their nutrients demand (Blair et al., 2014). The pasture type depends on animal system needs, such as grazing oriented, forage conservation or both. Nanofertilizers could be applied to the soil or directly over the plant as foliar sprays (Mahil and Kumar, 2019). Soil applied nanofertilizers enable the movement of nutrients in the soil, facilitating its release and penetration into the roots. Controlled-release and slow-release nanofertilizers are used to supply nutrients in suitable concentration to plants over a prolonged interval of time, avoiding the continuous fertilizer application, and reducing the environmental risks (Jiang et al., 2019; Jia et al., 2020; Yoon et al., 2020).
[image: Figure 1]FIGURE 1 | Determining factors for the development of new fertilizer application strategies using nanofertilizers in pastures.
Reduction of N losses has been reported using N charged porous nanomaterials, such as zeolites (Manikandan and Subramanian, 2017), clays (Sarkar et al., 2014), or biodegradable polymers such as chitosan (Sharif et al., 2018). These could be related to a gradual release rate of NH4+ and/or NO3− , that in turn limits soil available N, which could potentially be lost to the environment in agreement with Cardenas et al. (2013). Foliar application, on the other hand, has proven to be useful to supply small quantities of fertilizer to the crops and it is especially beneficial in the correction of micronutrient deficiency, while in the case of macronutrients it can supplement soil conventional fertilization, particularly when soils have limiting factors (Fageria et al., 2009). Within foliar fertilizers, urea dissolved in water has been commonly used as the main N source for foliar application in perennial and annual crops, and to a lesser extent, in grassland species (Bowman and Paul, 1992; Stiegler et al., 2011; Ramírez-Rodríguez et al., 2020), however, N volatilization losses could be high, which could limit its use. Because nutrients in foliar applications are delivered directly to the target in small amounts, foliar fertilization is potentially more beneficial to the environment compared to traditional root treatments. Nevertheless, even if foliar nutrient application presents several advantages and has increasing importance in agriculture. Many mechanisms controlling the penetration of nutrients to the plant are not fully understood and plant response to foliar applications varies widely (Lv et al., 2019).
CONCLUDING REMARKS AND PERSPECTIVES
Although encouraging NUE results have been found when using nanofertilizers, some limitations and adverse effects have also been reported (Iqbal et al., 2019). Most of the research has also only been carried out at a laboratory scale (Kah et al., 2018). Examples of shortcomings in the use of foliar fertilizers are that they require an available leaf area to be effective, and may cause scorching or burning if the concentration of the spray is too high (Achari and Kowshik, 2018). They also require perfect timing for the application, since climatic conditions affect effectiveness. The costs of multiple applications can be too high to be profitable, the standardization of the nanoformulations, and lack of size uniformity of the nanoparticles (Iqbal, 2019), and optimizing foliar applications of nanofertilizers are challenges that need to be addressed in future research.
Further research is required to better understand the role of different N forms in supplying these molecules (i.e. NO3−, NH4+) and their impact on NUE in pastures, including N transformation within the plant and their effect on reducing N losses to the environment. Additionally, the integration of this technology with the use of N cycling inhibitors may represent an opportunity by creating favoring synergetic effects (Figure 1). More information is required to understand whether nanofertilizers are fully transformed into ionic forms in the plant and later incorporated into proteins and different metabolites, or if some of them remain intact and reach consumers through the food chain (Iqbal, 2019).
A better understanding of the advantages of nanomaterials is needed (Table 1), more and higher quality data is required on materials characterization, comprehensive comparisons with non-nano formulations, and field studies (Kah et al., 2018). Additionally, adapted nutrient fertilizer application strategies will need to be adjusted to take advantage of the benefits provided, to consider the inclusion of precision agriculture, such as drones fitted with cameras to gather multispectral images detecting N concentration in the grass within the paddock, avoiding over-application (e.g. urine patches), and repeated applications at low rates, with a potential increase in costs. All these factors will need to be addressed in an integrated manner (Figure 1) to account for potential downfalls and take full advantage of the opportunities and synergies the use of nanofertilizers may provide for the sustainable future of grassland production. The future development and adoption of these molecules as an answer for increasing food production with higher nutrient efficiency will need to balance economic and environmental costs of production with the potential reduction of environmental impact and yield increases. For this, a Life Cycle Assessment (LCA) may represent an opportunity for an integrated analysis of its use, considering yield productivity, environmental implications, and impact on food chains. The need to validate the pros and cons of nanofertilizers under representative field grasslands conditions to address the questions arising from stakeholders also remains as a pending task before the widespread adoption of this technology.
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Biochar application to the soil can improve soil quality and nutrient leaching loss from swine manure adapted soils. Our working hypothesis was that the biochar-incubated with manure could be a better soil amendment than conventional manure application. The manure-biochar application to the soil would decrease nutrient leaching from manure and increase plant-available nutrients. The study objectives were to 1) assess the physicochemical properties of the manure-biochar mixture after lab incubation and 2) evaluate the impact of biochar-treated swine manure on soil total C, N, and other major and minor nutrients in comparison to conventional manure application to soil. Three biochars 1) neutral pH red-oak (RO), 2) highly alkaline autothermal corn (Zea mays) stover (HAP), and 3) mild acidic Fe-treated autothermal corn stover (HAPE) were incubated with swine manure for a month. The biochar-manure mixture was applied in triplicate to soil columns with an application rate determined by the P2O5-P content in manure or manure-biochar mixtures after the incubation. The ammonium (NH4+), nitrate (NO3‒), and reactive P concentrations in soil column leachates were recorded for eight leaching events. Soil properties and plant-available nutrients were compared between treatments and control manure and soil. Manure-(HAP&HAPE) biochar treatments significantly increased soil organic matter (OM), and all biochar-manure mixture increased (numerically) soil total C, N, and improved soil bulk density. Concentrations of NH4+ and NO3‒ significantly increased in MHAPE column leachates during this 4-week study and the KCl-extractable NH4+ and NO3‒ in the soil at the end of the experiment. A significant reduction in soil Mehlich3 Cu was also observed for the manure-HAPE mixture compared with the manure control. The manure-red oak biochar significantly increased the soil Mn availability than other manure-biochar treatments or manure control. Overall, the manure-biochar incubation enabled biochar to stabilize the C and several nutrients from manure. The subsequent manure-biochar mixture application to soil improved soil quality and plant nutrient availability compared to conventional manure application. This proof-of-the-concept study suggests that biochars could be used to solve both environmental and agronomic challenges and further improve the sustainability of animal and crop production agriculture.
Keywords: C-mineralization, carbon sequestration, nutrient cycling, sustainability, waste management, animal agriculture, N-immobilization, N-mineralization
INTRODUCTION
Swine manure is a source of valuable nutrients (Chastain et al., 1999), but mismanagement or improper application to soils makes it a potential environmental threat. The application rate of animal manure is often exceeded beyond the plant requirement (Juergens-Gschwind, 1989), and this excessive manure application to the soil can result in an unintended N leaching loss to groundwater (Beckwith et al., 1998). High liquid manure application to soil could also contribute to heavy metals like copper and zinc accumulation to soil and plant systems that generate a risk of contaminating the animal food chain to a threat (Mantovi et al., 2003).
Corn (Zea mays) and soybeans (G. max) crop rotation is a common practice in Midwest United States, and the application of swine manure to fields has been a common practice to both dispose of the stored manure and to provide nutrients for crop growth. Soybean can positively respond to swine manure application as reported by previous studies (Killorn, 1998; Sawyer, 2001). Manure solids, undigested feed, and bedding material in the manure help build soil organic matter, improving soil structure and increasing soil water holding capacity and reducing nutrient leaching loss (Magdoff and Es, 2009). However, the use of liquid swine manure to soil may not increase soil C sequestration; instead, it can increase the native soil C decomposition (Angers et al., 2009), and as a result, leaching loss of macronutrients such as N and sedimental loss of P (Reid et al., 2018) can occur. Furthermore, C and N losses can also occur via greenhouse gas emissions from land-applied swine manure (Maurer et al., 2017a).
Biochar, a product of biomass pyrolysis, heating under low or no O2 conditions, has attracted much interest as a means of potentially solving soil problems (Laird, 2008). Biochar properties can be useful to address challenges in crop and livestock agriculture (Kalus et al., 2019). Freeze dry manure fertilization to the soil in the presence of biochar has shown a significant decrease in nutrient leaching loss, greater retention of plant nutrients, and improvement in soil C and N compared with control manure-treated soil (Laird et al., 2010a; Laird et al., 2010b). The same study also reported that biochar amendments followed by manure application increase the cation and anion exchange capacity of biochar, enable biochar to both adsorb and release nutrients to/from the soil, hence functioning as both a reservoir and slow-release source of plant nutrients. Biochar properties can be useful to address challenges in crop and livestock agriculture, as recently reviewed elsewhere (Kalus et al., 2019).
The application of alkaline biochar to soil can increase soil pH and reduce problems related to low soil pH, which typically occur after prolonged application of ammonium forms of N fertilizer. Studies have shown that biochar improves soil water holding capacity and is able to reduce soil bulk density (BD) (Rogovska et al., 2014). Unfortunately, most biochars have few positively charged surface sites and hence limited anion exchange capacity and ability to electrostatically adsorb nutrient anions such as PO43‒ and NO3‒ (Lawrinenko and Laird, 2015). There are consistent data in the literature supporting the electrostatic retention of positively charged ammonium (NH4+) but not of negatively charged PO43‒ and NO3‒ on biochar surfaces (Yao et al., 2012; Fidel et al., 2018). Iron (Fe) modification of biochar surfaces has been shown to be effective in enhancing PO43‒ adsorption (Wilfert et al., 2015).
In addition to biochar being proposed as a soil amendment, recent studies have shown that surficial application of biochar onto the swine manure can reduce emissions of odorous gases (Meiirkhanuly, 2019) and reduce volatilization loss of ammonia (Maurer et al., 2017b) or in other words biochar addition can improve the N content of manure in storage. Clearly, there is an opportunity to explore the tantalizing question if biochar can be used to address both environmental and crop production challenges in one system. We propose a novel concept of biochar utilization that can simultaneously improve the air quality of the animal production system and the sustainability of crop production agriculture. Biochar can be first used to mitigate gaseous emissions (Chen et al., 2020; Meiirkhanuly et al., 2020a) from stored manure and possibly retain more nutrients in the manure. When the swine manure pits are agitated and cleaned out, the mixture of swine manure and biochar will be pumped out and applied to soils. Environmental and agronomic benefits are expected due to decrease nutrient leaching from manure and increase plant-available nutrients. Biochar pH is important in this regard, and surficial treatment of an alkaline/neutral pH biochar to manure storage can change the manure pH near the manure-air interface within few days of application (Meiirkhanuly et al., 2020b). However, there is a gap in the literature on the use of the biochar-manure mixtures as a soil amendment to replace the conventional use of liquid swine manure. Also, the prospect of functionalizing biochar to improve the environmental sustainability of primary nutrients (e.g., P management with Fe-modified biochar surfaces) can be explored.
The study objectives were to 1) assess the physicochemical properties of the manure-biochar mixture after laboratory incubation and 2) evaluate the impact of biochar-treated swine manure on soil total C, N, and other major and minor nutrients in comparison to conventional manure application to soil. Our working hypothesis was that the biochar-treated manure application to the soil would decrease nutrient leaching from manure, increase plant-available nutrients, and improve soil, irrespective of the biochar feedstock type or the different biochar production process. We also hypothesized that differences among biochars influence soil nutrient availability and leaching. Three biochars 1) neutral pH red-oak (RO), 2) highly alkaline autothermal corn stover (HAP), and 3) mild acidic Fe-treated autothermal corn stover (HAPE) were incubated with swine manure for a month. This was followed by a controlled column leaching experiment for soils treated with biochar-manure mixtures followed. We characterized some physicochemical properties of the biochar-manure mixtures and investigated the impact of biochar-manure treatments on soil nutrient leachate, soil physicochemical properties (pH, bulk density, total C and N), and plant macronutrients N, P, and K availability. This research also addressed the impact of Fe-modified biochar application on manure to sorb nutrients (P) followed by soil application as an amendment.
MATERIALS AND METHODS
Soil, Biochar, Manure, and Manure-Biochar Incubation
Hanlon (Coarse-loamy, mixed, superactive, mesic Cumulic Hapludolls) soil was collected from the iowa State University Applied Science/Moore research farm. Soybean and corn were mainly grown in rotation in these plots, and no swine manure application history in the last 20 years. Samples of soil surface (0–10 cm) were collected and stored in buckets with lids to keep the moisture at the field level. The buckets were stored at 4°C until analysis started two months after collection. The soil used in the study had a pH of 7.6, containing 2.84% of organic matter, 1.88% of total C and 0.17% of total N, and a TC/TN ratio of 11.1.
Fast pyrolysis (500°C) neutral pH (pH ∼7.5) red oak biochar (<2 cm) was obtained from a commercial producer (Avello Bioenergy, Iowa), and a fast pyrolysis high pH (pH∼ 9.2) corn stover biochar (HAP) and Fe-modified corn-stover (500°C) biochar (HAPE) with a moderately acidic pH were obtained by autothermal pyrolysis. A detail of the pyrolysis techniques of HAP and HAPE biochar production is given elsewhere (Polin et al., 2019; Rollag et al., 2020). The biochar properties, moisture, volatile matters, fixed C, ash content, total C, and total N were determined by following the method described by Rover et al. (2018).
The swine manure was collected from deep pit storage at an iowa Select Farms facility in the fall of 2019. The manure was stored in a bucket with a lid and stored (at 22–23°C) until incubated with biochar within one month of manure collection. About 250 g biochar (<1 mm) was surface applied on 1,000 g of manure and incubated (at 22–23°C) in an 8.5 L glass container (10 cm i. d. and 27 cm height) for one month at atmospheric condition. After the incubation period, the biochar and manure were mixed thoroughly to homogenize and stored in airtight glass at 4°C until analysis started one month later. A control manure sample was also incubated and mixed thoroughly under the same condition for comparison.
The mixture was analyzed for moisture, total C (TC), total N (TN), mineral content, organic matter (OM), nitrate-N, ammonium-N, P2O5-P, and K2O-K, and the data was provided on a % dry weight basis. Moisture and dry matter in the samples were measured by heating the samples for 16 h at 105–110°C. Organic matter was determined by heating the samples in a muffle furnace at 550°C for 2 h. The total C and N were analyzed by combustion using Elementar Vario Max CN Method 4.01 and 3.3, respectively. Sample nitrate and ammonium-N were measured by KCl extraction and determined on the FIA Lab flow injection autoanalyzer.
Soil Column Preparation and Leaching Experiment
The field moist soil was dried, mixed thoroughly to homogenize, sieved (<2 mm), and stored in a bucket with a lid for the column preparation. A total of 15 soil columns (25 cm height and 4.4 cm i. d.) were built from PVC tubes with a PVC male adapter sealed at the bottom using PVC cement. At the base of each column, 4.4 i. d. “air filter pad” was inserted, and then ∼2 g of 1 mm glass beads were added on top of that coarse sieve. Each column was filled with 250 g of dried (<2 mm) soil to a length of 15 cm, maintaining an approximate bulk density (BD) of 1.2 g/cm3. Water was then filled from the bottom of each column to the top of the soil to remove excess air trapped in the soil column and drained the water under gravity (Figure 1; Supplementary Figure S1) after 24 h. Pore volume was calculated from the weight difference of the before and after saturation of the columns. Based on the pore volume, 50 ml of DI water was added for each leaching event.
[image: Figure 1]FIGURE 1 | A schematic of the soil column leachate collection apparatus. Each column contains 250 g of soil, treated with one of five treatments. Two of these apparatuses were utilized, resulting in 15 columns; three trials for each of the five treatments. M = manure control; S = soil control; MRO = manure + red oak biochar; MHAP = manure + corn biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + corn biomass feedstock autothermal porous Fe-engineered biochar. Supplementary Figure S1 for a photograph of the experimental setup.
De-ionized (DI) water (50 ml) was added from the top of each column, and the leachate was collected from the bottom to collect the baseline soil data two times during one week of column equilibration time. The columns were named depending on the treatments they received, M = manure control (manure added to the soil); S = soil control; MHAP = manure + corn biomass autothermal alkaline porous biochar; MHAPE = manure + corn feedstock autothermal porous Fe-engineered biochar. This study reported the data of a total of 15 columns with five treatments, three replicates for each treatment. The amount of biochar-manure mixture or manure addition was calculated based on the P2O5-P content of the mixture to make sure each column gets a recommended rate of P of 135 kg/ha (120 lb/acre) of soil for a corn-soybean rotational plot (Sawyer and Mallarino, 2016). Treatments were surface applied, and micro tillage was performed with a spatula to mix the treatments with to 3 cm of soil. The same tillage operation was also applied for the control of soil columns. After a week of column equilibration, 50 ml DI water from a beaker was added from the top of each column every three to four days (i.e., every leaching event) over three weeks period.
The leachate was collected overnight in labeled bottles, and the next morning the leachate was transferred to <0°C until analysis. Leachate was collected eight times (eight events) for the total experiment time. Leachates were filtered through a 0.45 µm syringe filter and analyzed for nitrate-N (vanadium III, sulfanilamide and N-(1-naphthyl)-ethylenediamine dihydrochloride), ammonium-N (salicylate and ammonia cyanurate method), and dissolved reactive phosphorus (DRP; malachite green method; D’Angelo et al., 2001) using a Synergy HTX Multi-Mode microplate reader (BioTek Instruments, Inc.) colorimetric method (Doane and Horwáth, 2003; De et al., 2019).
Column Soil Analysis
After the leachate collection was over, the columns were left for a week to drain the excess water from the clogged columns. Once the excess water drained out, the soil from each column was loosened using a long spatula, and soils were collected in Ziploc bags. The soil receiving treatments and control soil was then mixed thoroughly to homogenize, dried, sieved (<2 mm), and analyzed for pH (1:1; soil: water) following the method by McLean (1982) using the glass-electrode meter method. About 2 g soil was weighed, and soil OM was measured by loss on ignition at 360°C by (Schulte and Hopkins, 1996) method; and the total C and N were analyzed by combustion using Elementar Vario Max CN Method 4.01 and 3.3, respectively (Nelson and sommers, 1996). The extractant was prepared by weighing approximately 5 g soil in a 200 ml Nalgene bottle, shaken with KCl at 1:5 ratio for 30 min, and then filtered through Whatman grade 1 filter paper. This extractant was used to measure KCl-extractable soil nitrate-N (vanadium III, sulfanilamide, and N-(1-naphthyl)-ethylenediamine dihydrochloride) and ammonium-N (salicylate and ammonia cyanurate method) (Doane and Horwáth, 2003; De et al., 2019). The Mehlich3 extractable elements (P, K, Ca, Mg, Fe, Mn, Cu, and Zn) were extracted by a modified method of Mehlich (1984) and analyzed by ICP-OES.
Statistical Analysis
The statistical analysis was completed using R. The experiment has three biochar manure mixture, one manure control, and one soil control, with three replicates of each treatment a total of 15 columns. A mixed model was run to analyze the soil column leachate considering time as a factor, then Tukey’s pairwise comparison was used to compare treatment effect on total nitrate-N, ammonium-N, and DRP. To report the treatment effects on soil nitrate, ammonium, P, and all Mehlich3 extractable elements, a one-way ANOVA and Tukey’s pairwise comparison was performed. A p-value <0.05 was considered statistically significant.
RESULTS
Biochar and Manure Properties Before Mixture Incubation
The swine manure used in this experiment had an alkaline pH of 9.2. Swine manure used in this study contained 37.4% TC and 18.1% of TN, and the TC/TN ratio was 2.1. As recorded, the pH of the autothermal corn stover biochar was mild acidic for HAPE (pH of 5.4) to highly alkaline (9.2) for HAP, and the pH of hardwood RO was 7.5, close to soil pH. The hardwood biochar had 78.5% TC and 0.6% TN by mass and contained 26.4% volatile matters, 15.8% ash, 54.8% fixed C by mass, as indicated by proximate analysis. Whereas the autothermal biochar HAP had 61.4% C and 1.2% TN by mass and contained 16.3% volatile matter, 46.8% ash, 35.0% fixed C by mass, as indicated by proximate analysis. The Fe-pretreated autothermal biochar HAPE had 36.4% TC and 1.2% TN by mass and contained 34.0% volatile matters, 40.0% ash, 24.0% fixed C by mass, as indicated by proximate analysis. The TC/TN ratio ranged between 30 and 130 among the biochars; hardwood RO had the highest carbon content (total and fixed), thus the highest TC/TN ratio. The ash content of RO biochar was the lowest among the three-biochar used in this experiment.
Incubation Effect on Biochar-Manure Physicochemical Parameters
The addition of biochar to the manure changes the physical appearance of manure (Supplementary Figure S2). After the one-month incubation, the control manure was liquid slurry with yellow patches on the surface, possibly representing a microbial colony developed during incubation and a persistent manure odor. On the contrary, no such color or odor was observed for any of the biochar samples. During incubation, biochar absorbed the manure moisture, and after mixing to homogenize, its texture resembled loose soil. The moisture content of biochar increased several folds by soaking the manure moisture (Table 1). As a result of incubation, the pH increased for all biochar-manure mixtures. An increase in total org-N for the biochar-manure mixture was observed for all biochar mixtures; however, the TC/TN ratio dropped for all biochar-manure mixtures compared with the biochar. The inorganic nutrients N, P, and K contents of all mixtures increased than biochar during incubation with manure (Table 1).
TABLE 1 | Physicochemical properties of the different biochar-manure mixtures after incubation. Except for pH, all values were reported on a % dry weight basis.
[image: Table 1]The amount of treatment addition was based on the recommended rate of P (135 kg/ha or 120 lb/acre) to soil resulted in an addition of a different amount of all macro and micronutrients to each treatment (Table 2). Treatments end up with approximately 3.1 g of manure, 1.8 g of MRO, 4.9 of MHAP, and 3.25 g of MHAPE. The highest (by weight) amount of MHAP amendment added to each column resulted in significantly more N, K, Ca, and Mg addition than any other treatments. The biochar to manure ratio was the same for incubation; additionally, the total N of both HAP and HAPE was 1.2%, but the total N added by the MHAPE treatment was significantly lower than MHAP (Table 2). The control manure treatments added significantly more Cu (except for MHAPE) and Zn to soil than any manure-biochar treatment, and among all treatments, MRO treatment added the lowest amount of those two elements.
TABLE 2 | Mass of elements added to the columns (mg) by the manure and manure-biochar treatment application. Different letters signify statistical differences between treatments at p < 0.05 (column-wise).
[image: Table 2]Nutrients in Leached Water
Dissolved inorganic N and P leached out from all columns irrespective of treatments were low during this four-week study. However, the MHAPE treated columns released significantly high total NO3-N (p = 0.003) and NH4-N (p = 0.003) than manure control columns. An upward trend with time was observed for the cumulative NO3-N and NH4-N concentration in MHAPE treated column leachate during the last six leaching events (Figure 2, Supplementary Table S1), whereas control manure-treated columns NO3-N started to increase in leachate on 7th and 8th leaching events. At the beginning of the column experiment, the MHAPE had about 1% of ammonium (Table 1); higher concentrations in comparison to other treatments.
[image: Figure 2]FIGURE 2 | The effect of treatment on leachate cumulative concentrations of soil (A) ammonium and (B) nitrate. The mean was calculated for a sample of 3 replications. S = soil control; M = manure control; MRO = manure + red oak biochar; MHAP = manure + corn biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + corn biomass feedstock autothermal porous Fe-engineered biochar.
An upward trend with time for the cumulative dissolved P in leachate for all treated columns was observed during the eight events of the leaching study; soil control columns released significantly (p < 0.05) higher amount of total DRP. However, no impact of manure or manure-biochar mixture applications to DRP in soil leachates were observed during the course of this study (Figure 3, Supplementary Table S1).
[image: Figure 3]FIGURE 3 | The effect of treatment on cumulative leachate concentrations of soil DRP. The mean was calculated for a sample of 3 replications. S = soil control; M = manure control; MRO = manure + red oak biochar; MHAP = manure + corn biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + corn biomass feedstock autothermal porous Fe-engineered biochar.
Treatment Effect on Column Soil Properties
The columns were freely drained for the first four leachings, but the rate of water leaching for the last two events slowed; specifically, in the manure-treated columns. After eight events of leachate collection, the experiment was stopped due to longer leaching time and ponding on column surfaces. Columns with soil and biochar-manure treatments were relatively better drained in comparison to manure columns. Before the treatment application, the starting BD of each column was 1.2. After the treatment application and leaching experiment, the final soil BD ranged from 1.17 to 1.6 g/cm3, and for manure treated columns ended with higher BD in comparison to biochar-manure mixture receiving columns (Table 3). The application of manure and manure-biochar mixtures to the soil columns resulted in an increasing trend in the soil OM content, soil TC, and soil TN relative to control soil columns (Table 3).
TABLE 3 | Column soil physicochemical properties after leaching events were completed, including the pH, bulk density, percentage of organic matter (OM), percentage of total C (TC), percentage of the total N (TN), and the total carbon to nitrogen (C/N) ratio. (Mean +/− standard deviation for n = 3 replicates; values in parentheses represent p-values; Bold signifies statistical significance for the difference from manure treatment (M) as control).
[image: Table 3]The TC/TN ratios were between 10.6 and 12.6. Manure-HAP and MHAPE biochar treated columns had significantly (p < 0.05) higher OM than manure or soil control columns. There was no significant change in TC and TN observed among manure or manure-biochar treatments. A slight change was observed in soil pH; manure-RO was significantly (p = 0.04) higher than manure and among all columns. The pH was mostly got buffered for the manure and manure-biochar treated columns and ranged between 7.3 and 7.6, i.e., close to soil pH. Before application to soil, the pH of all manure and manure-biochar mixtures, except HAPE, were highly alkaline (Table 1).
Before application to soil columns, manure had a %TN value of 5.4, the highest among any manure-biochar samples (Table 1). Manure-HAPE had 2.7% (1.7% Org-N +1% NH4-N) of TN before addition to soil columns; the highest %TN among the manure-biochar mixtures used in this study slightly increased the soil TN. In addition, MHAPE biochar treatment significantly increased soil NO3-N (p = 0.009) and NH4-N (p = 0.001) concentration than manure control after the leaching experiment (Figure 4). The soil columns not receiving any manure or biochar-manure mixture were not significantly different in NO3‒ and NH4+ than the control M, or MRO and MHAP treatments.
[image: Figure 4]FIGURE 4 | The effect of treatment on concentration of soil (A) ammonium and (B) nitrate. Soils from each column were homogenized and analyzed after the leaching experiment. Each bar represents an average of the concentrations of three replicates for that group. Error bars show the standard deviation (n = 3). S = soil control; M = manure control; MRO = manure + red oak biochar; MHAP = manure + corn biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + corn biomass feedstock autothermal porous Fe-engineered biochar. Letters mark a significant difference between treatments at p < 0.05.
Manure addition to soil columns had the highest soil Mehlich3 extractable P (Figure 5) and significantly higher (p < 0.001) in comparison to other treatments. Among the manure-biochar mixture treated soils, manure-RO (p < 0.05) and manure-HAP (p < 0.05) significantly increase Mehlich3 soil P and K than control soil. The manure-HAPE treatment did show a small numerical increase in Mehlich3 P (not significant; p > 0.05). However, Mehlich3 soil K concentration was highest and significantly higher (p < 0.001) than other manure biochar treatments (Figure 6) though the manure had a higher concentration of K2O-K compared with the manure-biochar mixtures.
[image: Figure 5]FIGURE 5 | Comparison between treatments of the Mehlich3 extractable soil phosphorus. Soils from each column were homogenized and analyzed after the leaching experiment. Each bar represents an average of the concentrations of three replicates for that group. Error bars show the standard deviation (n = 3). S = soil control; M = manure control; MRO = manure + red oak biochar MHAP = manure + corn biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + corn biomass feedstock autothermal porous Fe-engineered biochar. Letters mark a significant difference between treatments at p < 0.05.
[image: Figure 6]FIGURE 6 | Comparison between treatments of the Mehlich3 extractable soil potassium. Soils from each column were homogenized and analyzed after the leaching experiment. Each bar represents an average of the concentrations of three replicates for that group. Error bars show the standard deviation (n = 3). S = soil control; M = manure control; MRO = manure and red oak biochar; MHAP = manure + corn biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + corn biomass feedstock autothermal porous Fe-engineered biochar. Letters mark a significant difference between treatments at p < 0.05.
Biochar-manure mixture addition to soil columns did not impact the soil Mehlich3 extractable Ca and Fe concentrations (Table 4). However, MHAPE treatment had a significantly lower concentration of Mehlich3 extractable Mg (p = 0.03) and Cu (p = 0.005) than manure control. All manure-biochar treatments had a significantly (p < 0.05) low Mehlich3 extractable Zn compared to the control manure samples, and only MRO treatment had significantly high Mn (p = 0.02) compared to the control manure but not to the control soil column.
TABLE 4 | Column soil physicochemical properties after leaching events were completed, including the elements, Ca, Mg, Fe, Cu, Mn, and Zn in mg/kg. (Mean ± standard deviation for n = 3 replicates; values in parentheses represent p-values; Bold signifies significantly different from manure treatment (M) as control).
[image: Table 4]DISCUSSION
The high decomposition rate of soil OM can result in low C-sequestration and high loss of C to the atmosphere. Manure with a TC/TN ratio of ∼7 after incubation and even lower before incubation (∼2) (Table 1) supports the notion of N mineralization and volatilization loss to the atmosphere, more likely N loss as NH3 than C loss as CH4 or CO2. Substrate quality is an important deciding factor of its decomposition rate; a low TC/TN ratio means high quality and a readily available substrate to decomposing microbial group (Condron et al., 2010). Incubation of biochar (with a very high C/N ratio) with manure may have resulted in an N immobilization and improved the manure-biochar mixture total C/N ratio.
The treatment MRO had a C to N ratio of 51.8 after incubation, which ended up to 10.6 to the soil after the leaching experiment. Similarly, other manure-biochar mixtures resulted in a total C to N ratio near the soil total C to N ratio (∼12) upon application to the soil as an amendment. Also, an increase in OM, total C, and N speculates that the mixture has the capacity to improve C sequestration compared to manure only treatment. The addition of hardwood biochar showed a reduction in the mineralization loss of dairy manure C when biochar and manure were added to the field simultaneously, reported by a study by Lentz and Ippolito (2012). Manure-biochar mixture can alter soil physicochemical properties in a way that improves nutrient leaching loss from manure. This is because biochar application significantly increases the soil-specific surface area, is also capable of holding the plant available moisture considerably, and improved other plant nutrients availability effectively than soil (Laird et al. 2010b). Our data support the finding of Laird et al. 2010a resulting in a low BD and relatively high OM content in soil with biochar treatments to the manure-biochar soil system.
The soil used in this study was collected right after soybean harvest, and the crop impact may have reflected in soil NO3‒ and NH4+ concentrations; only MHAPE treated column had significantly high NO3‒and NH4+. Although the total N addition by manure-biochar mixture amendment was lower for MHAPE columns than manure treated column (Table 2), the MHAPE treatment resulted in an increase in soil KCl extractable inorganic-N (NO3‒ + NH4+) than control manure treatment. This observation suggests that MHAPE treatment may have increased soil microbial activity. The N-mineralization increase with biochar addition is consistent with previous studies that interpret biochar addition is linked with increases in soil microbial respiration (Laird et al., 2010a; Rogovska et al., 2011), which increases soil N mineralization. Application of Fe-modified manure-biochar (MHAPE) treatment to soil resulted in significantly higher NH4+ than any other manure-biochar mixture. This observation suggests that the biochar surface modification allows a relatively high H+ activity than other biochar treatments, capable of stabilizing the NH4+, and reducing N volatilization loss. Compared to other manure-biochar or control treatments, the MHAPE column also released significantly more nitrate and ammonium (p < 0.05) to the leachate. In plant-soil systems, these inorganic N forms are favorably taken up by plants directly (Tisdale et al., 1985). However, high mobility of nitrate, the N loss in this anion form from the soil in leachate, is well known (Syswerda et al., 2012) and ends up in groundwater contamination. The leaching experiment recorded a 0.4% nitrate-N of the total KCl-extractable soil nitrate that ended in the MHAPE water leachate. In comparison, about 3.5% of the KCl-extractable soil nitrate ended up in manure columns water leachate. This observation suggests that Fe modification to biochar not only increased the N-mineralization but simultaneously it positively impacted nitrate or ammonium sorption onto the biochar surface with less leaching loss than manure control.
All the manure and manure-biochar treated columns received 135 kg/ha (120 lb/acre) P2O5-P at the beginning, and only the soil-treated column released significantly high DRP in leachate during the leaching experiment. Sorption of phosphate-P on biochar varies with biochar feedstock and process temperature (Yao et al., 2012), in pure systems and in the absence of competitive ions. The adsorbate's sorption performance depends on the clean adsorbent’s surface contact time, and in addition to that, Phosphate-P sorption diminishes with an increase in competitive ions and humic acids in the solution (Chen et al., 2002). Swine manure is a source of competitive ions and humic acids; thus, the phosphate from swine manure sorption on biochar surface is a complex phenomenon. The dissolved reactive P (DRP) concentration was low (<0.05 mg/kg) for manure and manure-biochar treated column, and biochar-manure columns were not significantly different from manure column. This observation contrasts with the study by Laird et al., 2010a showed a significantly more P (mg/column) in manure-treated soil column leachate than biochar + manure treated soil columns with manure addition. Besides, Laird et al., 2010a added 102 mg total P per kg of soil to the swine manure treated columns, which differs from our application rate of 60 mg/kg of soil. At the end of the leaching experiment, the manure treated columns had a significantly (p < 0.05) higher amount of Mehlich3-P than manure-biochar treated columns. This observation is different from findings reported by Lentz and Ippolito 2012; this two-year field study reported no difference in soil available P between plots receiving treatments of dairy manure and manure and biochar added simultaneously. In the current study, the difference between manure Mehlich-P and manure-biochar suggests that the applied P in manure-biochar could be associated with the mineral phases of biochar or associated with biochar-OM, not evaluated or reported in this study. The lowest P content of Mehlich3-P in Fe-modified biochar among all manure-biochar treatments suggests a P sorption on oxy-hydroxide phases of Fe-biochar (Bakshi et al., 2019, Bakshi et al., 2021) was not extracted with Mehlich3.
In addition to other major and minor plant nutrients, swine manure is a good source of K (Chastain et al., 1999). A significantly high K (p < 0.05) concentration was found in our manure and manure-biochar treated columns compared with control soil columns. All manure-biochar treated columns received significantly more K than manure control through the treatments (Table 1). However, soil K in manure-biochar columns, MHAP and MRO, did not statistically differ from the manure-treated soil column. Treatment MHAPE mixture had a significantly (p < 0.05) high amount of soil K in comparison to all treatments. This result suggests that Fe-modified biochar was capable of stabilizing K better than other biochars used in this study.
The addition of MRO to soil increased the soil Mn availability significantly than manure or other biochar manure treatments. This effect may or may not be related to the significant increase in pH of this manure-wood biochar mixture to soil than other treatments. Lentz and Ippolito, 2012 also reported an increase in the soil Mn availability by adding wood biochar and manure to the soil.
Biochar applications in crop agriculture are often limited by the heavy metal content associated with some types of feedstock and sources (Pulka et al., 2020). Biochar can also be sorbing heavy metals and making them less available to soil exchange sites for the plant to uptake (Zhang et al., 2013). In addition to other nutrients, manure contains several heavy metals. The higher application of manure application to support the recommended macro plant nutrients could also deliver a significantly high concentration of the Cu and Zn like heavy metals, as observed in the study. Copper or Zn toxicity is not an issue in the Midwest United States, but a high concentration of Cu or Zn could be detrimental for soil microbial communities and plants. Bakshi et al. (2014) reported that biochar could immobilize soil Cu and make it less available for the plants to uptake. The MHAPE treatment had a significantly low soil Mehlich3 Cu compared to manure treated column soil, and simultaneously it provided the recommended amount of plant nutrients.
This relatively short control leaching experiment may not be representative of the manure-biochar impact on the soil at the field scale. A more extended soil experiment is essential to carry out to verify the long-term impact of the liquid swine manure-biochar mixture on soil nutrient availability to plants. Also, the slow leachate flow rate of the manure treated control columns made the comparisons challenging for this leaching experiment. Properties of the manure-biochar mixture can vary depending on the manure type, biochar feedstock, biochar production technique, and manure-biochar incubation time, which were not evaluated in this experiment. Microbial biomass was not determined in the study could be one of the limitations of this work; moreover, swine manure from only one representative source and only one soil type was used.
We recommend undertaking socioeconomic analyses for the farm-scale use of biochar treatment to improve the sustainability of the animal and crop production systems. The cost analysis deserves a much broader scope and effort involving analyses for the whole animal and crop production system with consideration of local/regional scales regarding the legal, regulatory, policy, market, labor, soil-water-air quality issues. The cost of biochar treatment will likely decrease if the swine industry adopts biochar as a means to mitigate gaseous emissions from stored manure (e.g., Chen et al., 2020).
CONCLUSION
The results of this short soil leaching experiment suggest that biochar-manure mixture application to agricultural soils significantly improved soil OM compared to the conventional liquid swine manure treatments to the soil, possibly biochar C have stabilized the manure C. In addition, biochar-manure mixture application improved (numerically, without statistical significance) TC, TN, and BD compared to the conventional liquid swine manure treatments to the soil. Biochar-manure mixtures impacted the availability of macro and micronutrients in soil (depending on the biochar type) differently than conventional manure application, as observed by this column leaching experiment. Additionally, the MHAPE treatment to soil significantly increased Mehlich3 K, KCl-extractable NO3-N, and soil OM content compared with the control soil or manure treated soil. Although the total NO3-N and NH4-N concentrations in leachates of MHAPE columns were significantly higher among all treatments, these values were significantly lower (2 vs. 80 mg/kg) than soil NO3-N and NH4-N concentrations found at the end of the experiment. A long-term field experiment is warranted to examine the biochar-manure mixture's long-term environmental implication on plant-soil biota.
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Rainfed agriculture is one of the most common farming practices in the world and is vulnerable to global climate change. However, only limited studies have been conducted on rainfed agriculture, mainly using low-frequency manual techniques, which caused large uncertainties in estimating annual N2O emissions. In this study, we used a fully automated system to continuously measure soil N2O emissions for two years (April 2017 to March 2019) in a typical rainfed maize field in Northeast China. The annual N2O emissions were 2.8 kg N ha−1 in year 1 (April 2017 to March 2018) and 1.8 kg N ha−1 in year 2 (April 2018 to March 2019), accounting for 1.9 and 1.2% of the nitrogen fertilizer applied, respectively. The inter-annual variability was mainly due to different weather conditions encountered in years 1 and 2. A severe drought in year 1 reduced plant N uptake, leaving high mineral N in the soil, and the following moderate rainfalls promoted a large amount of N2O emissions. The seasonal pattern of N2O fluxes was mainly controlled by soil temperature and soil nitrate concentration. Both soil moisture and the molar ratio of NO/N2O indicate that N2O and NO were mainly derived from nitrification, resulting in a significant positive correlation between N2O and NO flux in the intra-rows (where nitrogen fertilizer was applied). Moreover, we observed that the N2O emissions during the freeze–thaw periods were negligible in this region for rainfed agriculture. Our long-term and high-resolution measurements of soil N2O emissions suggest that sampling between LST 9:00 and 10:00 is the best empirical sampling time for the intermittent manual measurements.
Keywords: nitrous oxide, chamber method, rainfed agriculture, drought, nitrification
INTRODUCTION
Nitrous oxide (N2O) is a greenhouse gas, with a lifetime of 120 years in the troposphere and a global warming potential approximately 300 times greater than CO2 over a 100 year scale (Pachauri et al., 2014). N2O was identified as the dominant ozone-depleting substance throughout the 21st century (Ravishankara et al., 2009). The concentration of N2O in the atmosphere increased by more than 20% from 270 ppb in 1750 to 331 ppb in 2018 (Tian et al., 2020). Agricultural soils have been recognized as the largest global source of N2O, accounting for over 50% of the total global N2O emissions, due to the widespread application of nitrogen fertilizers (Pachauri et al., 2014; Shang et al., 2019).
Both soil nitrification and denitrification can produce N2O (Firestone and Davidson, 1989), with denitrification often considered the predominant process of N2O production (Mathieu et al., 2006; Laville et al., 2011). Using the conceptual hole-in-the-pipe (HIP) model (Firestone and Davidson, 1989; Davidson et al., 2000), nitrification is the aerobic oxidation of ammonium (NH4+) via hydroxylamine (NH2OH) to nitrite (NO2−) and nitrate (NO3−), and both N2O and nitric oxide (NO) are byproducts which leak from the pipe; Denitrification is the stepwise anaerobic reduction of NO3− to NO2−, NO, N2O, and N2, which is favored when soils are moist and anaerobic. These microbial processes are strongly affected by natural conditions (e.g., soil available N, temperature, moisture, and soil texture) and agricultural management (Yan et al., 2015; Fentabil et al., 2016; Xia et al., 2017; Zhang et al., 2019). Complex interactions between such factors result in large temporal and spatial variations in N2O emissions from croplands, and therefore, considerable uncertainties exist in the estimations of regional and global agricultural emissions (Bouwman et al., 2002).
Traditional N2O measurements are based on manual techniques with low sampling frequencies of once a few days or weeks (Dorich et al., 2020b; Shang et al., 2020). However, with the high daily temporal variations in N2O emissions (Liu et al., 2010; Laville et al., 2011), low-frequency measurements are unlikely to characterize emissions accurately and lead to uncertainty in the calculations of annual N2O emissions (Barton et al., 2015). In addition, low-frequency manual sampling will miss some N2O high emission periods, such as during N fertilization, irrigation, or rain events (Barton et al., 2008, 2013; Wolf et al., 2010). Additionally, most in-situ N2O measurements only monitor soil N2O emissions during the growing season and ignore the emissions during the non-growing season. Studies have shown that ignoring N2O emissions in the non-growing season will underestimate annual N2O emissions by 30% (Shang et al., 2020). Moreover, the freeze–thaw period is a critical emission period of N2O and may contribute up to 72% of the total annual flux (Wolf et al., 2010; Wagner-Riddle et al., 2017). Therefore, high-frequency and long-term monitoring is crucial for estimating annual N2O emissions.
Northeast China is one of the most important grain producing regions in China, and over 60% of the arable lands are rainfed (http://www.stats.gov.cn). Maize (Zea mays L.) is intensively cultivated in this area (approximately 12 million ha), accounting for over 30% of the national maize planting area in 2019 (data from http://data.stats.gov.cn). The cultivation of maize with its high N requirements (50–374 kg N ha−1) favors microbial activities to produce N2O. To date, limited studies have focused on N2O emissions from these rainfed agricultural soils and have reported a wide range of annual N2O emissions (range from 0.3 to 2.5 kg N ha−1 yr−1, Chen et al., 2002, 2014, 2016; Ni et al., 2012; Dong et al., 2018). We observed that all these studies were based on low-frequency manual techniques which may contribute to the large range of annual N2O emissions. Therefore, using a high-frequency measurement method to understand temporal patterns and major controllers of N2O fluxes from rainfed agricultural soils is required.
In this study, we used a fully automated system to continuously quantify N2O fluxes in a rainfed maize field in Northeast China for two years (from April 2017 to March 2019). Our objectives were a) to characterize diurnal, seasonal, and annual patterns of soil N2O emissions; b) to identify the major drivers of temporal changes in N2O flux; and c) to quantify the contribution of freezing and thawing periods to annual N2O emissions.
MATERIALS AND METHODS
Experimental Site
The study was carried out at the National Field Observation and Research Station of Shenyang Agro-ecosystems of the Chinese Academy of Sciences, located in the Liaoning Province, Northeast China (41° 31′ N, 123° 22′ E). The mean annual temperature (MAT) is 7.5°C, and the mean annual precipitation (MAP) is 680 mm, with more than 80% precipitation during the crop-growing season (from May to September, Dong et al., 2018). The soil type is silt loam, with 24.1% clay, 59.6% silt, and 16.3% sand. The soil was acidic (pH 5.6 and 0–10 cm). The soil had a total carbon content of 11.3 g kg−1 and total N content of 1.31 g kg−1.
This study was performed over two consecutive years, from April 28, 2017 to March 31, 2019, at a rainfed maize (Zea mays L.) field. The soil was plowed on May 5, 2017 (year 1) and April 25, 2018 (year 2), and seeds were planted in the intra-row on May 7, 2017 and April 28, 2018. Maize plants were harvested on October 7, 2017 and September 24, 2018, respectively, and the maize residues were taken away in both years. In year 1, we reseeded on May 24 due to the failure of germination caused by severe drought. The experimental field received a fertilizer mix of urea and diammonium phosphate (at a 2:1 ratio), which was simultaneously applied within 2 cm of seeds on the intra-row (based on local agricultural management), at a rate of 150 kg N ha−1. The same plot was used for both years and received the same fertilizer treatment.
Measurement of Soil N2O Flux
N2O concentrations were continuously and automatically measured using a static chamber-based method between April 28, 2017 and March 31, 2019. The system used seven opaque chambers (20 cm diameter × 10 cm height), with three chambers placed in the intra-rows, three placed in the inter-rows, and one reference chamber (gas-tight bottom made of Teflon). During the measurement, each chamber was closed twice to measure NO and N2O emissions, respectively. For each chamber, first 6 min was for NO analyzing; gas samples were continuously transported at a flow rate of 0.4 L/min, and concentration of NO was measured at 10 s intervals by a chemiluminescence NO-NO2-NOx analyzer (42i, Thermo Electron Corporation, Waltham, MA, United States). After the NO analysis was finished, the chamber was opened for evacuation for 5 min, to remove any residual gas within the chamber and tubes. Then the same chamber was programmed to close for 20 min to determine the N2O flux. The gas was automatically sampled at three time points (i.e., 0, 10, and 20 min after the chamber closure). The N2O concentration was measured using a gas chromatograph (GC 2014; Shimadzu, Japan) equipped with an electron capture detector. The NO-NO2-NOx analyzer and GC were installed in a temporary cabin next to the study field. Although our automated system simultaneously measured nitric oxide (NO), herein, we only reported N2O data; NO data was presented in another unpublished manuscript. Both N2O and NO measurements for each chamber lasted 36 min. Therefore, the seven-chamber device allowed 40 flux measurements per day or 5 to 6 fluxes per day for each of the seven chambers.
The fluxes of N2O (FN2O, ng N m−2 s−1) were calculated using the following equation:
[image: image]
where [image: image] is the rate of N2O concentration change over time determined by the linear regression, [image: image] is the internal chamber volume, and [image: image] is the chamber surface area. [image: image] (1,013 hPa) and [image: image] (273 K) are the atmospheric pressure and absolute temperature under standard conditions, respectively. [image: image] and [image: image] are the actual air pressure and chamber air temperature, respectively.
Daily fluxes were calculated as the arithmetic means of the 15 or 18 fluxes obtained from the three replicate chambers (5 or 6 fluxes per chamber per day) for the intra-row and inter-row locations. Estimates of field scale daily emissions were calculated using a weighted average of the spatial distribution of intra-row and inter-row areas. Annual cumulative N2O emissions were calculated using linear interpolation to fill periods with missing data. The ratio of N2O emissions to the fertilizer amount was calculated by the annual cumulative N2O emissions directly divided by N fertilizer amount (150 kg N ha−1).
Auxiliary Field Measurements
In addition to the gas-flux measurements, soil temperature (°C) and moisture (%; volumetric water content, VWC) were monitored at 0–6 cm soil depth using six sensors (Campbell Scientific CS650, North Logan, UT, United States): three in the intra-row and three in the inter-row. The VWCs of the intra-row and inter-row soils were converted into water-filled pore space (WFPS), using the respective bulk density (BD) of 1.17 and 1.25 g cm−3, and a theoretical particle density of 2.65 g cm−3 ([image: image]). Daily precipitation and air temperatures at the study site was monitored by an on-site meteorological station (50 m away).
The mineral N concentrations (ammonium and nitrate) of the topsoil (0–10 cm) were separately sampled from intra-row and inter-row soils once a week after fertilization last one month, and bi-weekly to monthly during the remaining sample period. The soil was sieved (2 mm mesh), and 10 g of sieved soil was extracted with 50 ml of 2 M KCl solution. Extracts were frozen at −18°C and later analyzed by a discrete chemistry analyzer (Smartchem 200, Westco Scientific Instruments, Inc., Italy). The obtained values (mg N L−1) were converted to soil dry weight basis (mg N kg−1 soil).
Data Analysis
Statistical analyses were implemented using R, version 3.6.3 (R Core Team, 2019) and RStudio (version February 1, 5033). Graphics were implemented using both RStudio and Origin 9. The differences in the soil temperature, moisture, temperature and mineral N concentration between inter-rows and intra-rows were tested using a one-way ANOVA. A nonlinear or linear regression analysis was used to explore the relationship between soil N2O fluxes and environmental factors (e.g., soil temperature, moisture, and mineral N concentration). A significance level of P < 0.05 was used for all data analyses.
RESULTS
Environmental Parameters
The annual precipitation was 439 and 642 mm in the first and second measurement years, respectively. This difference was largely due to the rainfall in the first 30 days following fertilization, with 13 mm in year 1 and 150 mm in year 2 (Figure 1A). The mean WFPS in the intra-rows during the growing season was 28 ± 12% WFPS in year 1, significantly lower than that in year 2 (31 ± 15% WFPS). The temporal pattern of soil moisture in the inter-rows was similar to the intra-rows but was significantly wetter (Figure 1B). The mean annual soil temperatures for the intra-rows were 9.7°C in year 1 and 9.1°C in year 2. There was no significant temperature difference between the rows and inter-rows (Figure 1C).
[image: Figure 1]FIGURE 1 | Seasonal changes in mean daily air temperature and daily precipitation (A), daily mean soil temperature (B), and moisture (C) at a depth of 5 cm; concentration of ammonium (D), and nitrate (E) at a depth of 0–10 cm soil of the intra-row and inter-row soils from April 2017 to March 2019. Error bars indicate standard errors. The downward arrows represent the time of fertilization.
Soil NH4+–N concentration in the intra-row increased markedly following fertilization on May 7, 2017 and April 28, 2018 (Figure 1D). In year 1, the NH4+–N concentration increased to 333 mg N kg−1 immediately following fertilizer application and remained at that level for approximately a month. After precipitation in early June, the NH4+–N concentration started to decrease, but still averaged 232 and 113 mg N kg−1 in June and July, respectively. In year 2, the NH4+–N concentration also increased following fertilization but reached a considerably lower level (120 mg N kg−1) compared to year 1. Then, it decreased gradually to only 2 mg N kg−1 in mid-July and remained at that level in the remaining months (Figure 1D). The NO3−–N concentration increased following the decrease in NH4+–N (Figure 1D–E). The peak concentration of NO3−–N concentration in both years was significantly lower than NH4+–N concentrations (234 mg N kg−1 on July 5, 2017 and 80 mg N kg−1 on May 24, 2018). In the inter-row, where no fertilizer had been applied, the mineral N concentrations were considerably lower than those in the intra-rows. In year 1, the mineral N concentrations showed a small pulse following fertilization, with NH4+–N concentration increasing to 25 mg N kg−1 and NO3−–N concentration increasing to 70 mg N kg−1 in the inter-row soils before immediately decreasing below 10 mg N kg−1 (Figure 1D–E).
Temporal Patterns of N2O Fluxes
We observed pronounced seasonal variations in N2O emissions during both measurement years (Figure 2), being highest after fertilizer application in summer and lowest in winter. Daily N2O fluxes from the intra-rows also exhibited large interannual variation (Figure 2), despite the application of the same amount of fertilizer. Mean daily N2O fluxes (ng N m−2 s−1) ranged from 1.4 to 122.1 (averaged 23.8 ± 3.2) in year 1, and −3.8 to 53.1 (averaged 10.0 ± 1.6) in year 2. In year 1, the peak N2O emission in the intra-row (122.1 ng N m−2 s−1, Figure 2) occurred on July 16, approximately two months following the fertilization, and the highest flux (35 ng N m−2 s−1) in year 2 appeared on May 30, approximately one month following fertilization (Figure 2). The high emission period in the intra-row following N application lasted approximately three months (from June to August) in year 1 and two months (May to June) in year 2. The average N2O fluxes from the inter-rows were 10.5 ± 1.6 ng N m−2 s−1 in year 1 and 7.3 ± 1.1 ng N m−2 s−1 in year 2; both were significantly lower than those from the intra-rows. In both years, we found no increase in N2O fluxes during the spring freeze–thaw period (Supplementary Figure S1).
[image: Figure 2]FIGURE 2 | Seasonal changes in daily mean N2O fluxes from the intra-row and inter-row soils in two years. The downward arrows represent the time of fertilization. The period without data is because of equipment failure. Error bars indicate standard errors.
The cumulative annual N2O emissions in year 1 were 2.8 kg N ha−1, which was approximately 1.6 times higher than that in year 2 (1.8 kg N ha−1), accounting for 1.9 and 1.2% of the applied N fertilizer (150 kg N ha−1 yr−1). Approximately 70% of the difference in annual N2O emissions can be attributed to the different accumulated emissions from July and August (Supplementary Figure S2), when soils produced 1.5 kg N ha−1 in year 1 and 0.8 kg N ha−1 in year 2. N2O emissions during the non-growing season (November to March) contributed to 23.2% of the annual N2O emissions in year 1 and 9.7% in year 2.
For the diurnal cycles of N2O flux, we only observed clear diurnal patterns from intra-rows during the growing season, which correlated well with the changes in soil temperature (Figure 3). We found that sampling at LST (local standard time) 9:00–10:00 or 18:00–19:00 best represented the daily average N2O emissions in this area.
[image: Figure 3]FIGURE 3 | Diurnal variations in N2O fluxes and soil temperature at 5 cm depth. The data are average values aggregated for different times of the day, using the entire dataset from the intra-row and inter-row locations in growing season and nongrowing season. The dashed line represents the daily average of soil N2O fluxes. Error bars indicate standard errors.
We simultaneously measured NO flux; detailed analysis is provided in another unpublished manuscript; however, herein, we only present the daily molar ratio of NO and N2O fluxes (Figure 4). In the intra-rows (with high mineral N concentration and low soil moisture), the NO/N2O ratio >1 prevailed for 97 and 56% of the measured fluxes during the growing season in year 1 and year 2, respectively, (Figure 4). The NO emission was over 10 times greater than N2O emissions during the peak emission period, especially in year 1 (May to August), and the ratio began to decline when the NH4+–N concentration approached 0 mg N kg−1. The ratios in the inter-rows (with high soil moisture and low mineral N concentration) were usually less than one (Figure 4), with NO/N2O < 1 accounting for 60% of the measurements in year 1 and 84% in year 2. However, from April 28 to mid-June in year 1, when the inter-row soil moisture was very low (from 15 to 30% WFPS), the NO/N2O ratios were >1 (Figure 4).
[image: Figure 4]FIGURE 4 | Seasonal changes in the molar ratio between NO to N2O fluxes from intra-row and inter-row soils in two years.
Figure 5 shows the relationship between N2O and NO fluxes from intra-rows and inter-rows during the growing and non-growing seasons. We found that there was a significant linear correlation between N2O and NO fluxes from intra-rows during the growing season, and the R2 reached 0.88. No significant relationships were found in the non-growing season (Figure 5).
[image: Figure 5]FIGURE 5 | Correlations between N2O and NO fluxes.
Relationship of N2O Fluxes with Temperature, Soil Mineral N Concentration, and Moisture.
In this study, we divided the entire observation period into three periods: the growing season (May to September), non-growing season (October to February), and freeze–thaw period (March), to analyze the correlation between soil N2O flux and soil temperature or moisture (Figure 6, Supplementary Figure S3). The results showed that for the intra-rows, soil N2O fluxes were significantly and exponentially correlated with soil temperature during the growing seasons in both years and during the non-growing season in year 2 (Figure 6). For the inter-rows, the N2O fluxes are significantly correlated with the soil temperature during the growing season in year 1 and the non-growing season in year 2 (Figure 6). There were no significant relationships between N2O fluxes and soil temperature during the two-year freeze–thaw periods. No significant correlation between N2O flux and soil moisture were observed (Supplementary Figure S3), and the optimum moistures for N2O production were 25–30% WFPS in the intra-rows and 50–60% WFPS in the inter-rows during growing season in both measurement years (Supplementary Figure S3).
[image: Figure 6]FIGURE 6 | Correlations of N2O fluxes with soil temperature at 5 cm depth. Different dot colors indicate N2O fluxes from different chambers.
For soil available N, a positive and significant linear relationship with N2O fluxes was only found against NO3−–N in the intra-rows, and no significant correlation was found with NH4+–N for both intra-rows and inter-rows (Figure 7).
[image: Figure 7]FIGURE 7 | Correlations between N2O fluxes and mineral N content (NH4+–N and NO3−–N).
DISCUSSION
Annual N2O Emissions
We monitored soil N2O fluxes based on an automatic and continuous method over two years for a rainfed maize field in Northeast China. The cumulative N2O emission in year 1 and year 2 was 2.8 and 1.8 kg N ha−1, respectively, which were comparable to another multiyear measurement obtained at the same field station (ranging from 0.3 to 2.5 kg N ha−1, Dong et al., 2018). However, it is higher than the N2O emission (0.1–0.6 kg N ha−1) reported by Ni et al. (2012) from another maize field in Northeast China, which may be attributed to their short-term monitoring (only measured the growing season). Shang et al. (2020) summarized more than 20 studies which monitored N2O emissions in-situ and found that ignoring N2O emissions in the non-growing season would lead to an underestimation of annual N2O emissions by 10–30%. Therefore, the measurement of N2O emissions over an entire year is essential to accurately estimate annual N2O emissions. In addition, our annual N2O emissions were considerably lower than those in the report of Gagnon et al. (2011), from a maize field in Canada (ranging from 4.6 to 22.8 kg N ha−1), which used the same type and amount of nitrogen fertilizer as in this study. Notably, the soil in Gagnon’s report was poorly drained, and the soil organic matter (SOC = 4.6%) was significantly higher than that in our study (1.1%), which may easily form an anaerobic environment and provide sufficient carbon to promote denitrification and produce more N2O (Stehfest and Bouwman, 2006; Dong et al., 2018).
The N2O emission factors (EF, in %) is defined as the N2O emission from fertilized treatment minus the emission from unfertilized control treatment expressed as a percentage of the N applied (Eggleston et al., 2006). However, our study had no unfertilized control treatments, neglecting background N2O emissions, the annual N2O emissions accounted for 1.9 and 1.2% of the fertilizer amount (150 kg N ha−1) in years 1 and 2, respectively. We assume that the N2O emissions from inter-rows (without fertilization) can be used as background N2O emissions, and their annual emissions for the two years were 1.9 and 0.9 kg N ha−1, respectively. Thus, the estimated EF–N2O for both years was 0.6%, which corresponds with other studies from rainfed maize fields in Northeast China (0.3–1.1%, Ni et al., 2012; Guo et al., 2013; Chen et al., 2014; Dong et al., 2018). However, this estimation might be conservative, due to the relatively high soil moisture of the inter-rows. The EF–N2O values of these rainfed agricultural soils were lower than those of irrigated agricultural soils. For example, McSwiney and Robertson (2005) monitored N2O emissions from irrigated maize fields for three years, and the EF–N2O values ranged from 2 to 7%. Liu et al. (2011) also reported an EF–N2O value of 2% from an irrigated maize field. A review by Aguilera et al. (2013) found that N2O emissions from rainfed agriculture were one order of magnitude lower than those from conventional irrigated fields in the Mediterranean climate cropping system. One of the main reasons is that the low precipitation and soil moisture in rainfed agricultural soil suppresses N2O production (Ni et al., 2012; Dong et al., 2018).
The cumulative annual N2O emission in year 1 (2.8 kg N ha−1) was considerably higher than in year 2 (1.8 kg N ha−1). Although the precipitation in the second year (634 mm) was more than that in the first year (439 mm). However, the severe drought before and after fertilization in the first year reduced the plants N uptake (maize emergence and extension was notably delayed in year 1), resulting in substantial levels of nitrogen remaining in soil, and the soil mineral N concentration (NH4+–N + NO3−–N) reached 460 mg N kg−1 in mid-May to early June in year 1, approximately three times higher than the highest soil N concentration in year 2 (Figures 1D–E). After the precipitation in early June, the mineral N concentration started to decrease but remained above 30 mg N kg−1 until late September. An extended period of high soil N concentrations in year 1 extended the window of N2O emissions (Figure 2), resulting in higher N2O emissions in year 1 than in year 2.
Microbial Processes Responsible for N2O Productions
We suggest that N2O emissions from the intra-rows were mainly attributed to nitrification, and the inter-row process was more complicated. First, the soil moisture of intra-rows was lower than 60% WFPS during the growing season (averaged 30 ± 10%, range from 12 to 53% WFPS), suggesting that nitrification would be dominant (Davidson, 1993; Bateman and Baggs, 2005; Pilegaard, 2013); the soil moisture of the inter-rows exhibited a wide range (from 10 to 75% WFPS), suggesting that both nitrification and denitrification processes may occur. Second, the molar ratio of NO/N2O has been used as a useful indicator for evaluating the contribution of nitrification (NO/N2O > 1) and denitrification (NO/N2O < 1; Anderson and Levine, 1986; Skiba et al., 1993; Davidson et al., 2000; Zhang et al., 2011). In the intra-rows, during the high emission period in year 1 (June to September) and year 2 (May to June), over 90% of the NO/N2O ratios were higher than one (Figure 4), suggesting that nitrification was dominant, and the soil NO/N2O ratio of the inter-rows was mostly less than 1 (80%), indicating that denitrification was dominant (Figure 4).
Surprisingly, we found a significant positive correlation between the NO and N2O emission rates from the intra-rows during the growing season (Figure 5), indicating that NO and N2O were produced by similar processes and controlled by similar environmental factors. In other words, when nitrification dominated NO and N2O production, their fluxes were significantly positively correlated. Similar results were also revealed by Ding et al. (2007) from a lab incubation experiment. This finding will aid building models to predict NO emissions (which is a reactive nitrogen gas and less in-situ measurements) based on N2O in-situ measurements (Dorich et al., 2020a). For the inter-rows, both nitrification and denitrification can occur, and there was no significant linear relationship between NO and N2O emissions.
N2O Emissions During the Freeze–Thaw Period
Many studies reported that soil freeze–thaw cycles promote N2O emissions, contributing 17–85% of the annual N2O emissions (Yanai et al., 2011; Abalos et al., 2016; Wagner-Riddle et al., 2017; Gao et al., 2018). Several hypotheses may explain the increase in N2O emissions during this period: 1) enhanced available C and N substrates due to the physical cracking of soil aggregates and the nutrients from the microbial community that died during winter freeze (de et al., 2009; Wolf et al., 2010); 2) increased soil moisture which formed an anaerobic environment and increased denitrifier activities (Priemé and Christensen, 2001; Teepe et al., 2001; Congreves et al., 2018). Several studies have observed that clay soil with high organic carbon content more easily produces high N2O emissions during the freeze–thaw period (Van et al., 2000; Müller et al., 2003; Groenevelt and Grant, 2013; Wang et al., 2014). Dong et al. (2018) found that the N2O pulses during freeze–thaw cycles are also related to the precipitation and depth of snow cover during the non-growing season. However, in our study, we found that there was no significant increase in N2O emissions during the freeze–thaw period in both years. The main reasons were 1) our study located in a temperate semi-humid continental monsoon climate with little snowfall episode in winter, leading to insufficient anaerobic conditions during the freeze-thaw period, which inhibits denitrification to occur; 2) the SOC is low (1.1 g C kg−1) in our study site and cannot provide sufficient carbon substrate for denitrification; and 3) the soil clay content is low (24.1%). Chen et al. (2014) also found that the contribution of the soil freeze–thaw period to annual N2O emissions from rainfed agriculture in Northeast China is negligible.
Impacts of Sampling Frequency and Time on Estimating Cumulative N2O Emissions
Most in-situ N2O measurements are still carried out by manual sampling, repeated usually in the intervals of days to weeks, and are in turn integrated across time to calculate annual losses. Such low-frequency measurements over or underestimate annual emission budgets (Liu et al., 2010). Barton et al. (2015) suggested that automated chambers should be continuously used to build guidelines for manual sampling. Here, we assume that the temporal coverage of manual flux measurements is daily, weekly, biweekly, and monthly, to analyze the influence of sampling frequency on calculating cumulative N2O emissions from May to October in 2017. The subset is the N2O flux between 09:00 and 12:00 extracted from our hourly measurements (similar to previous studies, e.g., Zhao et al., 2015; Guardia et al., 2017; Dong et al., 2018, 2018; Yao et al., 2019). Figure 8 shows that, compared with the high-resolution continuous measurements (5 times a day), low sampling frequencies can overestimate N2O emissions by 8–49% (Figure 8). Therefore, sampling between 09:00 and 12:00 with low-frequency manual measurements can lead to considerable uncertainties in quantifying annual emissions.
[image: Figure 8]FIGURE 8 | Difference in the estimated N2O emission during growing season (May to October) in 2017, due to different sample frequency (daily, weekly, biweekly, and monthly intervals presented in different colors) at the different sampling time (LST 09:00 to 12:00 presented in solid lines and LST 09:00 to 10:00 in dashed lines). The solid line in red represents the scenario with 5 measurements per day as mentioned in the present study. The numbers indicate the amounts of cumulative N2O emissions.
Previous studies reported that sampling at LST 08:15 (Laville et al., 2011) or 09:00 (Liu et al., 2010) best represented the daily average of N2O emissions; however, the best sampling time requires investigation across a broader range of land uses and climates (Smith and Dobbie, 2001; Barton et al., 2015). Here, we intended to reveal the best sampling time during the day for rainfed agriculture in our study region of Northeast China. After aggregating the entire dataset, Figure 3 shows that sampling at LST 9:00 to 10:00 am or 18:00 to 17:00 pm best represents the daily mean N2O flux. We then calculated the cumulative N2O emission sampling from 9:00 to 10:00 at daily, weekly, biweekly, and monthly intervals. We found that the deviations ranged from +2% to +9% (“+” indicated overestimations), which was considerably smaller than the deviation when sampling was performed between 9:00 and 12:00 (Figure 8). Therefore, we suggest that sampling between 9:00 and 10:00 is the best empirical sampling time for the intermittent manual measurements of N2O emissions in our study region. High-frequency flux measurements enabled us to identify the diurnal pattern and highlight the effect of sampling frequency and sampling time on N2O flux balance and provide guidance for low-frequency manual sampling.
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Non-coding small RNAs (sRNAs) regulate a wide range of physiological processes in microorganisms that allow them to rapidly respond to changes in environmental conditions. sRNAs have predominantly been studied in a few model organisms, however it is becoming increasingly clear that sRNAs play a crucial role in environmentally relevant pathways. Several sRNAs have been shown to control important enzymatic processes within the nitrogen cycle and many more have been identified in model nitrogen cycling organisms that remain to be characterized. Alongside these studies meta-transcriptomic data indicates both known and putative sRNA are expressed in microbial communities and are potentially linked to changes in environmental processes in these habitats. This review describes the current picture of the function of regulatory sRNAs in the nitrogen cycle. Anthropogenic influences have led to a shift in the nitrogen cycle resulting in an increase in microbial emissions of the potent greenhouse gas nitrous oxide (N2O) into the atmosphere. As the genetic, physiological, and environmental factors regulating the microbial processes responsible for the production and consumption of N2O are not fully understood, this represents a critical knowledge gap in the development of future mitigation strategies.
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INTRODUCTION
Microorganisms are required to sense, respond to and recover from changes in their external environment such as fluctuations in nutrient availability. To thrive under stressful conditions, complex transcriptional regulatory networks fine tune the expression of a variety of genes. Besides transcriptional regulators and the use of alternative sigma factors, gene regulation also involves short regulatory RNAs (sRNAs). These sRNAs are heterogenous in length, sequence composition and secondary structures and modulate a vast range of regulatory circuits required for the cellular response to spatio-temporal changes. The abundance of sequenced bacterial and archaeal genomes alongside the availability of improved sequencing and computational tools has led to a boost in the discovery of sRNAs, making it a fast and exciting area of research. Many of the discovered sRNAs regulate major biological processes such as stress responses by binding to target regions, called seed regions, in the mRNA. This can result in either the activation or the repression of gene expression at the posttranscriptional level (Figure 1) (Wassarman, 2002; Dutta and Srivastava, 2018). sRNAs can originate from within a gene of interest or be processed from the 5′ or 3′ untranslated regions (Bossi and Figuera-Bossi, 2016). Many are then further processed by RNase E to produce sRNA fragments. This can be observed in the processing of RoxS in Bacillus subtilis resulting in an expanded repertoire of target mRNAs (Durand et al., 2015). This review will present the regulatory circuits controlling the nitrogen cycle, discuss the emerging role of sRNAs in these regulatory networks and point towards the potential applications of sRNAs in the field.
[image: Figure 1]FIGURE 1 | Mechanisms of sRNA induced gene repression and activation. (A) When the sRNA target sequence overlaps with the ribosome binding site (RBS) translation initiation is blocked. This leaves the RNA more susceptible to RNase-mediated decay. (B) Alternatively, sRNAs can enhance Rho-binding and subsequently cause premature termination of transcription. (C) Positively acting sRNAs can bind to hairpin-like structures in their target, causing conformational changes to expose a previously inaccessible RBS and stimulate translation initiation. (D) Lastly, sRNAs are able to mask RNase E sites to stabilize their target and activate expression.
Interactions of sRNAs and their targets rely on base-pairings between complementary sequences (Georg et al., 2019). There are two classes of sRNAs–cis-encoded and trans-encoded sRNAs. Cis-encoded sRNAs are transcribed from the DNA strand complementary to the one from which the target mRNA is transcribed resulting in high levels of complementarity. Trans-encoded sRNAs however, are transcribed from regions unrelated to those of their target genes often resulting in reduced complementarity (Gottesman, 2005; Bossi and Figuera-Bossi, 2016; Dutta and Srivastava, 2018). Due to a lower level of complementarity, trans encoded sRNAs can form base pairing with multiple target mRNAs and result in a global regulation of a physiological response. sRNA base-pairing with the target is initiated through fast, high affinity binding of a few exposed nucleotides in the stem loop of the sRNA. This initial interaction promotes pairing of additional nucleotides, which frequently results in alterations to the RNA secondary structure (Otaka et al., 2011; Dutta and Srivastava, 2018). Structure-driven pairing of sRNAs and their targets in which the sRNA recognizes C-rich stretches within accessible loops of the mRNA has also been demonstrated (Storz et al., 2011). Often, trans-encoded sRNAs require the presence of an RNA chaperone to facilitate binding to their target mRNA as their sequences are unrelated (Wagner, 2013). In enteric pathogenic bacteria, such as E. coli and Salmonella, sRNAs have already been particularly well studied and many are associated with pathogenicity (Bossi and Figuera-Bossi, 2016).
The Role of RNA Chaperones in sRNA-mRNA Interactions
The RNA chaperone Hfq is an Sm-like (Lsm) protein in the shape of a homohexameric ring, which can bind both sRNA and mRNA. Lsm proteins play key roles in RNA metabolism in Eukaryotes, Bacteria and Archaea. Hfq was first identified in E. coli, in which it acts as a host factor for the replication of the bacteriophage Qβ (Franze de Fernandez et al., 1968). Binding of Hfq acts to protect free sRNA from degradation by the cellular degradosome and increases local mRNA and sRNA concentrations, but Hfq can also recruit the degradosome to induce accelerated decay of the sRNA-mRNA complex (Georg et al., 2019). Most trans-encoded sRNAs contain a 3′-stem loop, which allows anchoring of the sRNA to Hfq via interactions of poly (U) to the inner rim of the Hfq homohexamer (Otaka et al., 2011). The molecular mechanism of Hfq action has been explained in detail for its role in positive regulation of rpoS mRNA by the sRNA DsrA in E. coli (McCullen et al., 2010). Multilateral interactions between Hfq and the mRNA are formed distorting the mRNA structure to a more compact form, which facilitates binding of the sRNA (McCullen et al., 2010; DeLay and Gottesman, 2011). The binding of the RNA chaperone to a sequence motif in rpoS mRNA results in correct positioning of Hfq and is therefore essential for the pairing of this sRNA to its target mRNA. It is also hypothesized that Hfq increases the local concentration of RNAs, increasing the likelihood of sRNA-mRNA pairing (De Lay et al., 2013).
In addition to Hfq, recent studies have revealed the existence of a second RNA chaperone, ProQ, that can be found additionally to Hfq in Salmonella Typhimurium and E. coli. ProQ has been shown to facilitate binding of sRNAs and their targets, the molecular mechanism for this is however unknown (Smirnov et al., 2016; Smirnov et al., 2017; Westermann et al., 2019). In Salmonella, a loss of this chaperone results in a loss of virulence, as ProQ controls the expression of genes involved in motility, chemotaxis as well as SPI-1 transcripts (Westermann et al., 2019). The FinO domain of ProQ as well as other chromosomally encoded proteins containing a FinO domain are equally grouped as an additional class of bacterial RNA chaperones (Oleiniczak and Storz, 2017).
Interactions between Lsm proteins and sRNAs have also been observed in Archaea. Some, including halophilic archaea, encode a single Lsm protein (Lsm1), while others encode two Lsm proteins (Lsm1 and Lsm2) (Fischer et al., 2010). Lsm1 proteins form heptamers capable of binding DNA. Lsm2 proteins have been shown to associate to hexameric or heptameric complexes in Archaeoglobus fulgidus (Kilic et al., 2006). Crenarchaeota contain a third Lsm3 protein which forms 14-mer complexes. Interestingly the archaeon Methanocaldococcus jannaschii lacks an archaeal Lsm gene and instead contains an Hfq-like protein (Sauter et al., 2003; Nielsen et al., 2007; Vogel and Luisi, 2011). Lsm crystal structures obtained from Archaeoglobus fulgidus and Pyrococcus abyssi show that they are able to bind U-rich RNA in a similar way to Hfq (Töro et al., 2001; Törö et al., 2002; Thore et al., 2003). Binding of Lsm proteins to U-rich stretches was also observed in the crenarchaeum Sulfolobus solfataricus (Märtens et al., 2017), However, despite in vivo confirmation of the interaction of FLAG-tagged archaeal Lsm protein and sRNAs, the physiological functions remain poorly understood (Fischer et al., 2010; Märtens et al., 2015).
Mechanisms of Gene Repression by sRNA
Regulatory sRNAs can directly or indirectly affect the expression of single or multiple genes. In numerous examples, sRNA binding results in blocking of the ribosome binding site (RBS), subsequent inhibition of translation initiation as well as mRNA cleavage via RNAse E and Rho-dependent transcription termination (Storz et al., 2004; Figures 1A,B). Binding of an sRNA within the physical boundary of the RBS of the target mRNA prevents entry of the 30S ribosomal subunit and therefore blocks translation initiation (Figure 1A) (Udekwu et al., 2005; Morita et al., 2006; Bouvier et al., 2008). Many sRNAs repress their targets by masking the Shine Dalgarno (SD) sequence or the AUG start codon. This mechanism is utilized by the sRNA RhyB found in E. coli. RhyB downregulates Fe-storage and non-essential Fe-binding proteins when iron availability is limited (Masse and Gottesman, 2002; Dutta and Srivastava, 2018). Absence of iron increases RhyB expression, which interferes with the binding of the 30S subunit to the RBS of the target mRNAs. An interaction of RhyB with Hfq can also result in the repression of the enzyme methionine sulfoxide reductase by binding to two sites on msrB mRNA. Binding to the first site stops ribosome entry at the RBS whereas binding to the second site results in a recruitment of RNase E (Bos et al., 2013; Dutta and Srivastava, 2018). Other sRNAs, such as OxyS, however can bind as far downstream as the 5th codon, without any interaction with the SD or the start codon (Bouvier et al., 2008). When ribosome entry sites are blocked, it is possible for the 30S subunit to bind to ‘Standby regions’, which are located 100 nucleotides upstream of the translation initiation site (Darfeuille et al., 2007). This mechanism is followed by the cis-acting sRNA Isr-1 in E. coli and does not require the presence of an Hfq chaperone (Darfeuille et al., 2007).
In addition to the blocking of ribosome entry sites, base pairing of an sRNA and its target at either the 5′UTR region or at downstream coding sequences can also lead to recruitment of ribonucleases such as RNase E. In prokaryotes, RNase E is a crucial ribonuclease responsible for the turnover of sRNAs and mRNAs (Chao et al., 2017). In some cases, Hfq can act as a protective layer against RNase E degradation by stabilizing the sRNA and promoting base-pairing with the target. It has also been shown that Hfq has the capacity to directly bind to an unstructured C-terminal domain within RNase E forming a ribonucleoprotein with the sRNA that induces mRNA decay (Morita et al., 2005). The involvement of RNase E in sRNA induced gene repression has been confirmed for a large number of sRNAs such as RhyB and SgrS in E. coli.
Attenuation of transcription is a final mechanism of sRNA-induced gene repression. An example of this is the repression of the virulence gene icsA by the sRNA, RnaG, in Shigella flexneri (Giangrossi et al., 2010). The promoter of both the RnaG sRNA and the icsA virulence gene are convergent and lie less than 120bp apart. Hetero-duplex formation of the sRNA and its target gene results in a conformational change generating an intrinsic terminator that blocks the movement of RNA polymerase and thus attenuating icsA transcription.
Mechanisms of sRNA-Induced Gene Activation
sRNAs are also able to mediate activation of genes involved in a wide array of physiological processes (Frohlich and Vogel, 2009; Dutta and Srivastava, 2018). One mechanism of gene activation is the stabilization of target mRNAs by protecting them from degradation by cellular RNases (Figure 1D). This has been observed for the glucose phosphate stress induced sRNA SgrS found in E. coli and Salmonella (Vanderpool and Gottesman, 2007). Binding of SgrS to its target mRNA pldB-yigL masks an RNase E site within the pldB open reading frame and facilitates production of the YigL phosphatase (Papenfort et al., 2013). Often, the secondary structure of mRNAs sequesters the ribosome binding site, which can be liberated for protein synthesis through pairing with an sRNA (Figure 1C). This process is also referred to as ‘anti-antisense’ mechanism. This activation of the 5′ UTR was first discovered for the sRNA, RNAIII, in Staphylococcus aureus (Morfeldt et al., 1995). RNAIII is regulated by cell density through quorum sensing and activates the hla gene, which encodes an α-Toxin (Novick and Geisinger, 2008; Papenfort and Vanderpool, 2015). Activation is achieved through an interaction of the 5′-end of the sRNA and the SD-sequence of the target, preventing the formation of a translation-inhibitory structure formation. This ‘anti-antisense’ mechanism can also be observed in the activation of the sigma factor σS in E. coli. As the 5′ UTR of the σS-mRNA (rpoS) is unusually long, it forms a complex hairpin structure, making it inaccessible for ribosomal entry (Battesti et al., 2011). Several sRNAs (DsrA, RprA, ArcZ) are able to bind to specific sections within the 5′ UTR to rearrange the structure and enhancing the rate of σS translation (Bossi and Figuera-Bossi, 2016).
In addition to the anti-antisense mechanism observed in rpoS activation, a unique transcription anti-termination system has been discovered to play a crucial role in inhibiting Rho-dependent transcription termination in the 5′ UTR of rpoS (Sedlyarova et al., 2016). Rho is a hexameric helicase protein and together with its cofactor NusG it acts as a global transcription termination factor in prokaryotes (Boudvillain et al., 2013). Rho binds to a stretch of C-rich unstructured RNA that is around 80 nucleotides in length and is located near the transcription terminator. After mRNA binding, Rho atpase activity is stimulated. Under specific circumstances, Rho also appears to be active in the 5′ UTR, which induces premature termination of transcription. Within rpoS, one of these Rho loading sites can be found in the leader sequence. Binding of an sRNA close to this Rho-loading site blocks binding of Rho and enhances transcription and protects from cleavage induced by RNase E (Figure 1D) (McCullen et al., 2010). Hfq further increases the stability of the sRNA-rpoS interaction.
In some cases, sRNA can positively regulate expression of an open reading frame (ORF) through interactions with its 5′ UTR that can result in a subsequent upregulation of a different cistron of the mRNA which is translationally coupled to the ORF (Dutta and Srivastava, 2018). In Pseudomonas aruginosa, the oxygen-responsive sRNA PhrS activates the ufo-pqsR operon in the absence of oxygen (Sonnleitner et al., 2011). The transcriptional regulator PqsR controls the expression of several virulence genes in P. aeruginosa including the toxic pigment pyocyanin (PYO) and the quorum sensing and biofilm formation signal PQS. PhrS binds to the 5′ region of ufo which results in conformational change liberating the RBS. As ufo is translationally coupled to pqsR, the presence of sRNA PhrS eventually results in enhanced translation of PqsR and increased levels of PYO and PQS (Sonnleitner et al., 2011).
sRNA Induced Protein Sequestration
Certain sRNAs have the ability to directly sequester RNA-binding proteins inhibiting them from carrying out their functions or bind enzymatic proteins to inhibit or modify their enzymatic activity. Therefore, these sRNAs can indirectly regulate the expression of many genes related to this protein. The RNA-binding protein CsrA is a post-transcriptional regulator that has multiple targets, which include several genes involved in carbon flux pathways (Babitzke and Romeo, 2007). The presence of sRNAs such as CsrB results in an inactivation of CsrA activity as CsrB acts as a direct competitor for the CsrA target mRNAs in the cell removing its function and changing the expression level of a large number of genes. Inhibition of a protein’s enzymatic activity can be observed for sRNA 6S which binds to RNA polymerase in bacteria interfering with σ70-induced transcription (Wassarman and Storz, 2000). Production of 6S is maximized during stationary phase and as a result the expression of several genes is reprogrammed to allow the cell to adapt to the given environmental conditions. The RNase BN/Z facilitates 6S RNA decay (Chen et al., 2016).
The Role of sRNAs in Physiological Responses
As sRNAs are significantly smaller than mRNAs and do not require translation into a protein, they have a potential energetic advantage over the production of protein transcription factors (Beisel and Storz, 2010). sRNA copy number within the cell can also be very high while their turnover time is short, resulting in a sharp deterioration of sRNA numbers once they have exerted their rapid and effective function in response to an environmental signal. This suggests that sRNA could be crucial in the rapid adaptation to dramatic shocks such as sudden nutrient change that challenge the survival of the microorganism. As more advances are made in sRNA research, the more mechanisms are discovered that demonstrate the diverse mechanisms of action of sRNAs and their association with a large variety of physiological processes.
It is becoming more and more clear that cell communication during quorum sensing and biofilm formation is regulated by sRNAs. To react to changes in cell density V. cholerae possesses two-component membrane-bound sensor kinases. At low cell density, the response regulator LuxO is phosphorylated and activates the expression of five sRNAs that regulate the expression of genes involved in virulence and biofilm formation (Bardill et al., 2011; Michaux et al., 2014). In pathogenesis, sRNAs often modulate expression levels of outer membrane proteins which are targets for the immune system, as well as other responses required for the survival within the host. Members of the CsrB family of sRNAs in Salmonella, Yersinia, Vibrio and other pathogenic bacteria have already proven to alter infection by antagonizing global regulators of virulence genes (Waters and Storz, 2009). Other sRNAs are involved in the adaptation to nutrient availability. Switches between nutrient availability and starvation trigger major changes in gene expression and require a coordination of regulatory networks. In E. coli, the sRNA SgrR modulates the response to an accumulation of glucose 6-phosphate which is toxic when present at high concentrations (Vanderpool and Gottesman, 2004). Besides biofilm formation and pathogenesis, many of the known sRNAs are involved in stress responses such as oxidative stress, osmotic stress and the switch between aerobic and anaerobic metabolism.
THE GLOBAL NITROGEN CYCLE
Although the focus of sRNA studies has predominantly been on key model bacteria, with a particular focus on stress responses and pathogenesis, it is becoming clear that sRNAs also play a crucial role in environmentally relevant pathways. Biogeochemical cycles are critical to all forms of life on earth. They describe the dynamic transformation of energy and matter from different reservoirs including the atmosphere, the oceans, the terrestrial biosphere and the geosphere into usable forms that support the optimal function of all ecosystems. The major biotic drivers of these transformations are plants and microorganisms. Most of the naturally occurring organic compounds required for the existence of life contain the life sustaining elements carbon (C), hydrogen (H) and one or more of the elements: nitrogen (N), oxygen (O), phosphorus (P) and sulfur (S) (Brusseau, 2019). Cycling of these key elements through the different reservoirs is interconnected via anabolic and catabolic processes including photosynthesis, assimilation, respiration and decomposition (Brusseau, 2019). An example of this strong interconnection of the cycles is the use of reduced carbon forms in anoxic habitats which can be oxidized, creating an electron flow eventually utilized by microbes in respiration to reduce, for example, nitrate to atmospheric N2 (denitrification), to reduce sulfate to sulfite (sulfate reduction) or to reduce carbon dioxide (CO2) to methane (methanogenesis) (Madsen, 2011). Mineral metal oxide respiration such as Fe(III) and Mn(IV) are major drivers in organic carbon oxidation and therefore also influence nitrogen and sulfur cycles (Richardson et al., 2012). Perturbations to a single biogeochemical cycle can therefore have detrimental effects on all other cycles leading to changes in the health and function of ecosystems. Anthropogenic influences such as the combustion of fossil fuels and the use of synthetic fertilisers have already caused significant imbalance to the global P and N cycles. An understanding of the structure, function and regulation of the biogeochemical processes in a changing climate is crucial to determine future mitigation strategies.
The nitrogen cycle has already experienced a global scale perturbation. Nitrogen gas (N2) constitutes 78% of the Earth’s atmosphere. However, the gaseous form of nitrogen cannot be accessed by the majority of living organisms. Atmospheric N2 is only accessible to microorganisms, the N2-fixing Bacteria and Archaea, which are estimated to biologically fix approximately 0.1% of the N2 pool (Vitousek and Howarth, 1991). Once fixed by these microorganisms, nitrogen becomes available to plants and animals. With the discovery of the Haber-Bosch process at the beginning of the 20th century it became possible to industrially fix the atmospheric nitrogen converting N2 into reactive N-forms (Chen et al., 2019). Most of the industrially fixed nitrogen is utilized to produce nitrogen rich fertilizers used in agriculture to feed the ever-growing world population. It was estimated that in 2002, over half of the world’s population consumed food produced with N fixed via the Haber-Bosch process (Smil, 2002). Despite their importance, the application of these fertilizers can cause huge environmental concerns and major changes to the balance of the biogeochemical nitrogen cycle (Richardson et al., 2009). Large quantities of reactive nitrogen from fertilisers are lost to the environment due to runoff, or as gaseous products, which can cause soil acidification as well as increased emissions of the greenhouse gas nitrous oxide (N2O). N2O has a global warming potential almost 300 times higher than CO2 (Galloway and Cowling, 2002). Since the beginning of industrialization, the atmospheric loading of N2O has increased by over 20% and subsequently it has been listed as one of six gases subjected to restriction in the Kyoto protocol (Richardson et al., 2009; Smith et al., 2012; Prinn et al., 2018). The Intergovernmental Panel on Climate Change (IPCC) estimates that one third of the total global N2O emissions are a result of anthropogenic activities, with agriculture accounting for the largest fraction (Stocker et al., 2013). The economic costs as a result of nitrogen pollution across Europe are estimated to range from 70 to 320 billion euros a year, mainly due to reduced air and water quality (Sutton et al., 2011).
The nitrification pathway is responsible for the conversion of ammonium to nitrite. Nitrates and nitrites are a natural component of plant material, however an increase in nitrite from fertilisers can lead to accumulation of nitrate in vegetable tissue (Renseigne et al., 2007). High levels of nitrate in food are responsible for methemoglobinemia (blue baby syndrome) in young children (Chan, 2011). Additionally, increased conversion of ammonium can lead to a loss of soil nitrogen through leaching which results in a wastage of fertiliser and water pollution through eutrophication of rivers and lakes (Robertson and Vitousek, 2009; Sutton et al., 2011). In freshwater ecosystems, the levels of nitrite are continuously increasing due to industrial effluents from industries producing metals, dyes, sewage aquaculture and runoff from agricultural soils supplemented with nitrogen fertilisers (Van Maanen et al., 1996; Jensen 2003). As nitrite is rapidly oxidized to nitrate (NO3−), NO3− is often the predominant N-form found in ground- and surface waters. Elevated levels of nitrite in both sea and fresh-water environments have detrimental effects on aquatic animals by interfering with multiple physiological functions such as ion regulation, respiration and the cardiovascular system (Jensen et al., 2003). Biological removal of both nitrate and nitrite from aquatic environments can be achieved aerobically through the processes of nitrate or nitrite assimilation or anaerobically via denitrification. Microorganisms and plants are responsible for the transformation of more than 104 megatons of inorganic nitrogen per year via the process of assimilatory nitrate reduction (Guerrero et al., 1981).
The production of N2O in the soil is primarily attributed to the microbial processes of nitrification and denitrification, although under certain environmental conditions such as nitrate-sufficiency and nitrite accumulation, dissimilatory nitrate and nitrite reduction to ammonium may well significantly contribute to N2O production (Rowley et al., 2012; Stremińska et al., 2012). However, the denitrification process is the only known biological process physiologically capable of the consumption of this greenhouse gas (Bernhard, 2010), putting aside the non-physiological reduction of N2O by nitrogenase (Hoch et al., 1960). Complete denitrification is a sequential four-step reduction of soluble nitrogen oxides nitrate and nitrite to the gaseous nitrogen oxides nitric oxide, nitrous oxide and dinitrogen, which takes place in the absence of oxygen (Zumft and Kroneck, 2007). The enzymes catalyzing these reactions are nitrate reductase, nitrite reductase, nitric oxide reductase and the periplasmic nitrous oxide reductase respectively. As the denitrification process is a modular pathway, some organisms are capable of completely reducing NO3− to nitrogen gas while others may lack one or several of the enzymes required for the other steps involved in the reduction cascade (Philippot et al., 2002). The nitrous oxide reductase (NosZ) protein phylogeny has two distinct groups – clade I, and the recently discovered clade II (Jones et al., 2013; Hallin et al., 2018)). The two clades differ not only in protein phylogeny but also in the nos gene cluster organization, the NosZ translocation pathway as well as the frequency of co-occurrence with other denitrification genes. Clade I organisms are complete denitrifiers which also possess nirS or nirK genes encoding for nitrite reductase (Jones et al., 2013; Conthe et al., 2018). The majority of the clade II organisms lack complete denitrification machinery and appear to be non-denitifying N2O reducers capable of consuming N2O without contributing to its production, making these organisms of significant interest as they may be potential N2O sinks in the environment. Despite the pressing need to develop mitigation strategies to combat the ever-increasing N2O emissions, we still do not fully understand the regulatory network underlying the microbial reaction pathways responsible for the production and consumption of this greenhouse gas. An enhanced understanding of the ecology of the nosZ clade II organisms as well as the conditions under which their activity is favored is needed (Domeignoz-Horta et al., 2016). This includes an increased knowledge regarding sRNA content and activity in these organisms.
An Overview of Transcriptional Regulation of the Nitrogen Cycle
Bacteria and Archaea have developed a range of strategies allowing the uptake and utilization of various nitrogen sources from their environment. These processes are tightly regulated in response to environmental conditions to ensure the correct temporo-spatial control of the pathways and minimize any inappropriate energetic costs as well as maximize the competitive growth advantage. Biological nitrogen fixation is a crucial process providing an input of fixed nitrogen into soils and therefore directly affecting natural ecosystem productivity (Dixon and Kahn, 2004). Nitrogen fixing Bacteria and Archaea are found in a wide variety of habitats including soil and marine environments. The enzyme required for the fixation of nitrogen, nitrogenase (nif), is ATP-dependent as well as highly oxygen sensitive and is therefore tightly regulated in response to fixed nitrogen, carbon, energy and extracellular oxygen levels (Dixon and Kahn, 2004). Thus, in the model K. pneumoniae the transcription of the nif genes is under the regulation of the global two-component system ntrBC (Dixon et al., 1986). In the absence of nitrogen NtrB phosphorylates NtrC which subsequently activates the transcription of nifA which then modulates the expression of numerous other nif genes. The nifA gene is co-transcribed with nifL which encodes a nitrogen-responsive flavoprotein acting as a negative regulator of NifA. This co-transcription adds an additional level of nitrogenase regulation in response to changing oxygen levels and nitrogen fixation (Halbleib and Ludden, 2000). Variations of this core regulatory mechanism are found in many nitrogen fixing microorganisms. In response to changing levels of oxygen in diazotrophic Proteobacteria, the transcription of nif genes depends on the alternative sigma factor σ54 whose activation requires NifA, an enhancer binding protein. NifA transcription is directly oxygen-responsive in these bacteria. In other diazotrophs, NifA is not directly regulated by oxygen levels and instead its activity is regulated by the flavoprotein NifL (Martinez-Argudo et al., 2004). Another protein shown to be involved in the regulation of nif genes is the histidine kinase RegB which can respond to the cellular redox status through an active cysteine. RegB is found in Rhodobacter capsulatus in which it binds to the nifA2 promoter providing an additional layer of redox control (Elsen et al., 2004) Little is known about regulation of nitrogen fixation in archaea. The best studied examples of regulation in nitrogen fixing archaea are the methanogenic models Methanococcus maripaludis and Methanosarzina mazei. Under nitrogen sufficient conditions in these methanoarchaea, the global regulator NrpR regulates target gene expression by binding to the corresponding operator and blocking the recruitment of the RNA polymerase. Depletion of extracellular nitrogen levels result in an increased production of intracellular 2-oxoglutarate which binds to NrpR causing it to release its target promoters. Homologues of this regulator have been found across many other archaeal species (Dixon and Kahn, 2004).
The bacterial assimilation of nitrogen sources such as ammonia or amino acids is also under tight control by several transcriptional regulators (Prasse and Schmitz, 2018). Nitrate assimilation is widespread across proteobacteria and is often controlled at a transcriptional level by extracellular concentrations of nitrate and nitrite as well as ammonium (Luque-Almagro et al., 2017). In the presence of ammonium in cyanobacteria, the transcriptional regulator NtcA represses the nitrate reduction machinery. Once this nitrogen source is depleted the nitrate reductase genes are activated. In proteobacteria, the two-component system NtrB/NtrC regulates the activation of σ54 promoters and therefore controls central nitrogen metabolism (Herrero et al., 2001; Muro-Pastor et al., 2005). The sensor histidine kinase NtrB senses low nitrogen conditions and subsequently autophosphorylates and transfers a phosphoryl group to the NtrC response regulator protein. NtrC then acts as a transcriptional activator (Sanders et al., 1992). Another two-component system with a proposed role in nitrogen assimilation and similarities to NtrBC is the NtrYX system found in diazotrophs. In Azorhizobium caulinodans it has been suggested to interact with the NtrBC system to respond to changing levels of nitrate (Pawlowsky et al., 1991). In the model denitrifier Paracoccus denitrificans, NtrBC is mainly required for nitrate regulation and NtrYX only has a minor contribution. It has been proposed that nitrate assimilation is regulated at three levels in P. denitrificans (Luque-Almagro et al., 2017). Firstly, NtrC activates the expression of the assimilatory nitrate reductase (Nas) in the absence of ammonium. Level two consists of regulation via the NasTS system, which controls expression of the nas operon by transcription antitermination in response to nitrate levels. In the absence of nitrate, the positively acting RNA-binding transcription antitermination regulator NasT is held inactive in inhibitory complex with the nitrate sensor NasS. When NasS binds nitrate, dissociation of the NasTS complex is triggered which leads to increased levels of free and active NasT. NasT then may activate expression at the level of mRNA synthesis and translation. This novel regulatory mechanism involving NasTS is similar to that present in Klebsiella oxytoca mediated by NasR and could be of importance in a wide number of other bacteria (Chai and Stewart, 1999; Luque-Almagro et al., 2011; Luque-Almagro et al., 2017). The crystal structure of both NasT and NasR has shown that both possess an ANTAR domain crucial for specific binding to a leader mRNA (Boudes et al., 2012). Recent work on the soybean endosymbiont Bradyrhizobium japonicum has provided evidence of a cross talk between N-assimilation and N-respiration at an RNA-level (Sánchez et al., 2014). The study suggested that the nasTS genes regulate respiratory nitrous oxide and periplasmic nitrate reductases. In cyanobacteria, regulation of N-assimilation is taken over by NtcA which forms dimers capable of binding promoters in response to the given levels of nitrogen available. As ammonium can be directly incorporated into glutamate it is often the preferred source of nitrogen for many organisms. However, the enzyme responsible for this conversion, glutamate dehydrogenase, has a low ammonium binding affinity. Therefore, a combination of the high ammonium-affinity enzyme glutamine synthetase and a glutamine oxoglutarate aminotransferase are responsible for the assimilation of ammonium under nitrogen limitation. This regulation is sensed and regulated by PII-like sensor proteins.
Little is known about the transcriptional regulation of nitrification. Nitrification is carried out in two steps: the conversion of ammonia to nitrite carried out by ammonia oxidisers such as Nitrosomonas and Nitrosospira and secondly the conversion of nitrite to nitrate which is carried out by nitrite oxidisers such as Nitrobacter and Nitrospira (Prosser, 2007; Norton and Stark, 2011). The rate of nitrification largely depends on environmental conditions such as temperature, soil moisture and pH (Norton and Stark, 2011). Heavy metals such as Ni (II), Zn (II), Cd (II) and Pb (II) have been shown to strongly impact the levels of nitrification. In Nitrosomonas europaea, exposure to Cd (II) caused a significant decrease in the production of ammonia monooxygenase (amoA), while exposure to Zn (II) resulted in an upregulation of amoA (Kapoor et al., 2015). Transcription levels of amoA have also been investigated in response to changes in water availability. Wetting of dry soil to model rainfall after a period of drought resulted in a rapid increase in amoA transcripts demonstrating a tight coupling of transcription levels of nitrification genes to the soil environment (Placella and Firestone, 2013; Norton and Ouyang, 2019).
In comparison to nitrification, transcriptional regulation in denitrification has been extensively studied, particularly in recent years (Gaimster et al., 2018). The expression of the denitrification enzymes Nar, Nir, Nor and Nos in P. denitrificans is regulated by environmental signals including availability of oxygen, nitrate, nitrite, nitric oxide and copper (Figure 2) (Gaimster et al., 2018).
[image: Figure 2]FIGURE 2 | An overview of the known transcriptional and environmental regulators of the denitrification pathway in the model denitrifying bacterium Paracoccus denitrificans. The black and red arrows between the upper layer of the environmental regulatory signals and the layer of the regulatory proteins indicate signaling events (red indicates an inhibitory effect while green indicates activation), while the arrows between the regulatory proteins and the denitrification enzymes indicate regulation of gene expression. The blue arrows between the transcriptional regulators indicate the cross-talk between the regulators which compete with each other to bind upstream of their targets.
When oxygen levels become limiting, denitrifiers are forced to activate the expression of the denitrification enzymes to avoid entrapment in anoxic conditions without energy. Recent evidence has shown that P. denitrificans displays a bet hedging strategy, a phenomenon that has been observed across a variety of prokaryotes which accept energetic penalties for a fraction of the population to achieve a long-term fitness advantage (Lycus et al., 2018). In the model denitrifier P. denitrificans this strategy involves the production of Nos in all cells, while Nir is only synthesized in a small number of cells.
Transcriptional regulation in the model denitrifier P. denitrificans is partly controlled by the regulators FnrP (fumarate and nitrate reduction protein), NNR (nitrite reductase and nitric oxide reductase regulator) and NarR (nitrate reductase regulator). Both FnrP and NNR are sensitive to oxygen and NO and are therefore involved in the switch between aerobic and anaerobic respiration to achieve maximum energy yields for the given environmental conditions (Van Spanning et al., 1995; Gaimster et al., 2018). To further fine-tune the denitrification network, the three transcriptional regulators FnrP, NnrR and NarR may serve as repressors of each other by competing for the binding upstream of their targets (Figure 2) (Giannopoulos et al., 2017). FnrP acts as an activator of the nar and nos operons and recognizes FNR-binding sequences (TTGAGAATTGTCAA and TTGACCTAAGTCAA) in the promoter region of the genes (Bouchal et al., 2010). Interaction of the FnrP 4Fe-4S cluster with O2 leads to a separation of the transcriptionally active FnrP dimer into monomers (Crack et al., 2016). Hence, denitrification is switched off in the presence of oxygen as O2 respiration provides significantly higher ATP yields. Additionally, it has been shown that the FnrP 4Fe-4S cluster interacts with multiple NO molecules leading to a dissociation of the transcriptional regulator into monomers. The transcriptional regulator NNR is homologous to FnrP and activates expression of the genes encoding nitrite (Nir) and nitric oxide reductases (Nor) (Van Spanning et al., 1995). Homologs of these transcriptional regulators have been identified in various other bacterial denitrifiers such as Pseudomonas species, P. stutzeri and Rhodobacter (Tosques et al., 1996; Elsen et al., 2004; Schreiber et al., 2007; Torres et al., 2017).
In Pseudomonas species the regulation of the denitrification machinery is equally dominated by members of the FNR superfamily such as the FnrP equivalent ANR (anaerobic regulator of arginine deaminase and nitrite reductase) (Schreiber et al., 2007). This transcription factor activates transcription of genes encoding for a nitrite transporter and a nitrite reductase if oxygen is limited. P. stutzeri encodes four FNR-type proteins which lack the cysteine residues required for the formation of a 4Fe-4S cluster (Vollack et al., 1999; Gaimster et al., 2018). NNR homologs have also been identified in a wide range of denitrifiers including Rhodobacter sphaeroides (Tosques et al., 1996). In R. sphaeroides, the regulator NnrR activates nitrite reductase and nitric oxide reductase. Outside of P. denitrificans, other transcriptional regulators have also been shown to be involved in the regulation of denitrification. These include the RegB/RegA two- component system. First discovered in Rhodobacter capsulatus, this system has been shown to regulate a large number of biological processes (Elsen et al., 2004). By controlling the expression of nitrite reductase, the RegB/RegA system in R spaeroides acts in concert with the regulator NnrR and therefore plays an important role in the denitrification cascade. In B. diazoefficiens, the denitrification machinery is regulated by two interconnected regulatory cascades, FixLJ-FixK2-NnrR and RegSR-NifA that detect low levels of oxygen outside of the cell (Torres et al., 2017).
The transcriptional regulators, FNR, NNR and NarR underpin the ability of bacteria to sense and respond to oxygen and the denitrification intermediates. However, there are other critical external factors that must be detected and integrated into the regulatory network of the cell. Copper has long been recognized as an important factor in the regulation of NosZ activity (Figure 2) (Sullivan et al., 2013). Around 20% of Europe’s arable lands are biologically copper deficient and as NosZ requires the unique multi-copper-sulphide centres, CuZ and CuA to bind and activate N2O, it places a high Cu demand on the bacterium (Sinclair and Edwards, 2008; Pauleta and Moura, 2017). Other enzymes in bacterial enzymes require Cu for activity, such as haem Cu-oxidases or superoxide dismutases but for all of these enzymes there are non-Cu alternatives that can perform the same function in the absence of Cu (Zumft, 2005). This is however not the case for NosZ. As a result, in Cu deficient conditions, the final reduction step cannot be carried out leading to truncated denitrification and emission of N2O. Studies carried out in 2012 demonstrated that copper-limited environments indeed lead to a downregulation of nosZ expression and an increased net N2O emission without a significant effect on the biomass of the culture (Felgate et al., 2012; Sullivan et al., 2013). A down-regulation of nosZ expression in copper limited medium additionally influences expression of genes controlled by vitamin B12 riboswitches as accumulation of N2O inactivates vitamin B12 (Sullivan et al., 2013). This work also showed that the accessory proteins NosC and NosR play an important role in copper-dependent expression of the nos-operon. Copper levels can therefore be manipulated in laboratory studies to create N2O or N2 genic conditions and induce global changes in gene expression, a useful tool to further understand the underlying regulatory and biochemical pathways (Felgate et al., 2012).
Other environmental factors such as zinc and pH have also been linked to transcriptional regulation of denitrification enzymes (Bergaust et al., 2010; Gaimster et al., 2018). Zinc depletion has been shown to upregulate the expression of nitric oxide reductase and nitrite reductase as well as nosC, which was upregulated nearly 10-fold (Neupane et al., 2017). Low soil pH increases the N2O:N2 ratio which has been linked to lowered levels of NosZ protein synthesis and assembly as transcription rates were unaffected by changes in pH (Bergaust et al., 2010). Denitrification in heterotrophs is highly dependent on carbon sources and therefore, increasing levels of organic carbon in the soil enhance denitrification rates as well as N2O emissions (Saggar et al., 2013). Both environmental factors and transcriptional regulators strongly influence when denitrification is switched on and once switched on affect the denitrification rate. Numerous studies have analyzed their influence in both a laboratory environment as well as in an agricultural background. Nevertheless, many variables involved in the switch between N2O emission and N2O consumption remain unknown.
BEYOND DNA BINDING PROTEINS - SRNAS REGULATING THE NITROGEN CYCLE
sRNAs Indirectly Involved in Nitrogen Metabolism
Diazotrophs in the soil and the ocean are capable of using molecular nitrogen as the sole nitrogen source, preventing a loss of N from the biosphere and providing sources of fixed nitrogen. The key enzymes of nitrogen fixation, dinitrogenase and dinitrogenase reductase are energy driven and are therefore costly for the cell. Therefore, the nitrogen fixation process is tightly regulated at both the transcriptional and posttranscriptional level (Prasse and Schmitz, 2018). With increasing research into the regulatory role of sRNAs it is predicted that large numbers of these influence nitrogen cycle associated metabolism across many microorganisms (Figure 3). Direct involvement of sRNAs in the response to N-fluctuations in the environment or in the regulation of N2-fixation has not been identified until recently. Indirect participation of sRNAs in N-metabolism however has been reported previously. In cyanobacteria for instance, NsiR1 controls the formation of heterocysts as well as the switch to nitrogen fixation (Ionescu et al., 2010). This trans-encoded sRNA is conserved across many heterocyst-forming cyanobacteria and is dependent on the regulatory protein HetR which is required for cell differentiation in Anabaena. Similar to NsiR1, sRNAs NsiR2, NsiR8 and NsiR9 have been shown to be co-expressed with heterocyst-specific genes. However, to date no specific function has been assigned to these three sRNAs. Furthermore, ArrF of Azotobacter vinelandii is involved in the regulation of FeSII (DeLay and Gottesman, 2009), which plays a key role in the protection of the nitrogenase (N2-fixing) enzyme under oxidative conditions (Jung and Kwon, 2008). sRNAs indirectly involved in nitrogen assimilation include CyaR, GcvB and MmgR. CyaR, present in E. coli, inhibits the translation of an ammonium dependent NAD-synthethase responsible for the catalysis of NAD synthesis from either NH3 or glutamine as well as the nicotinic acid adenine dinucleotide (De Lay and Gottesman, 2009). The sRNA GcvB is one of the most highly conserved Hfq associated sRNAs in Gram-negative bacteria. It inhibits the expression of a number of ABC transporters responsible for transporting amino acids in E. coli and Salmonella Typhimurium (Sharma et al., 2007). In Sinorhizobium meliloti, hundreds of sRNAs have been identified, with the focus on the sRNA MmgR which shows expression patterns highly dependent on the available nitrogen source (Ceizel Borella et al., 2016). Further work is required to elucidate its exact role.
[image: Figure 3]FIGURE 3 | Microorganisms and known sRNAs that regulate the nitrogen cycle. The sRNAs are grouped into the processes of nitrogen fixation, assimilatory nitrate reduction and denitrification.
sRNAs Regulating Nitrogen Fixation
An sRNA found to be directly involved in N-metabolism, NfiS, was identified in the root associated bacterium P. stutzeri A1501. Via a stem loop in the sRNAs secondary structure it is predicted to bind to the 5′ region of nifK mRNA which encodes a subunit of the nitrogenase enzyme. This interaction increases mRNA half-life and thus increases the translation efficiency of nifK optimizing N-fixation (Zhan et al., 2016). The stability of NfiS appears to be strongly affected by the presence of Hfq, as the transcript is hardly detectable in an hfq deletion strain. A complete knockout of NfiS results in decreased nitrogenase activity, while an overexpression of this sRNA can lead to an increase of up to 150% activity. Although NfiS is highly conserved in P. stutzeri, it cannot be found in other bacterial species.
Many mechanistic features of the cellular transcription and translation machinery in archaea are more closely related to the eukaryotic counterparts, however characterisations of archaeal sRNAs have suggested similar mechanisms as observed in bacteria. The best-known examples of sRNA regulation of nitrogen fixation in Archaea are the methanoarchaea M. mazei and M. maripaludis. Both strains contain the global N-repressor NrpR which is known to transcriptionally regulate a variety of target genes in response to changes in N-levels. An RNA-seq study in M. mazei Gö1 under conditions of varied nitrogen availabilities lead to the identification of 242 putative sRNAs (Jäger et al., 2009; Jäger et al., 2012). The discovery of sRNA41 in M. mazei Gö1 introduced a sRNA in Archaea with a regulatory impact on the metabolic cycles of both carbon and nitrogen (Buddeweg et al., 2018). The sRNA is induced 100-fold in a N- rich environment compared to N-limitation and interacts with the mRNA encoding for an acetyl-coenzyme a decarbonylase/synthase (ACDS) complex (Buddeweg et al., 2018). In the absence of nitrogen, reduced amounts of sRNA41 result in the upregulation of the ACDS complex and a subsequent production of amino acids for the synthesis of nitrogenase. A further sRNA found in M mazei, sRNA154, was found to be exclusively present under nitrogen-limited conditions (Ehlers et al., 2011). A computational analysis of the transcriptional regulation network in M. acetivorans has shown that 5% of genes in this methanoarchaeon are regulated under nitrogen limitation. Two sRNAs, sRNA154 and sRNA159 were identified which include Nrp binding sites suggesting an involvement in gene regulation under N-limitation (Peterson et al., 2014). The first confirmed directly acting sRNA in M. mazei, sRNA154, is under direct control of the global N-repressor NrpR (Weidenbach et al., 2008; Weidenbach et al., 2010). By stabilizing the polycistronic mRNA encoding for the nitrogenase enzyme as well as stabilizing the transcription of the regulatory protein NrpA it enhances expression of the N-fixing machinery (Prasse et al., 2017). The sequence and structure of this sRNA is highly conserved across members of the Methanosarcinales.
Despite nitrification being an important part of the nitrogen cycle, few sRNAs have been shown to be involved in the regulation of this pathway due to a lack of studies around this topic. In the ammonia oxidizing archaea Nitrosopumilus maritimus six candidates for sRNAs have been identified and it is highly likely that there many more with a potential involvement in the nitrification process (Walker et al., 2010).
sRNAs Controlling Nitrogen Assimilation
A differential RNA-seq analysis of the cyanobacteria Anabaena sp. PCC7120 in response to N-availability identified over 600 transcriptional start sites indicating an abundance of cis- and trans-encoded sRNAs involved in the regulation of N-assimilation. Cyanobacteria are of importance in both aquatic and terrestrial ecosystems and are important links between the C- and the N- cycle. A cyanobacterial small RNA directly involved in the regulation of N-assimilation, NsiR4, was first reported by Klähn et al. in 2015. NsiR4 expression in cyanobacteria is stimulated during nitrogen limiting conditions via the transcriptional regulator NtcA which is known to regulate a variety of genes involved in nitrogen metabolism. It is predicted to interact with the 5′ UTR of gifA mRNA, encoding for the glutamine synthetase inactivating factor (IF)7. By affecting IF7 expression, the sRNA also alters the activity of glutamine synthetase, a key enzyme in biological nitrogen assimilation (Klähn et al., 2015).
In Pseudomonas aeruginosa, the putative sRNA NalA is encoded upstream of the nitrate assimilation operon nirBD–PA1779–cobA. The transcription of this sRNA is σ54 and NtrC-dependent (Romeo et al., 2012). A deletion mutant of NalA was unable to grow in presence of nitrate as the sole nitrogen source, instead it grew similarly to the parental strain in presence of ammonium. The results showed that NalA sRNA and nitrate are required for transcription of the nitrate assimilation operon, being an essential sRNA for the assimilation of nitrate (Romeo et al., 2012). Further studies performed in P. aeruginosa allowed the identification of sRNAs related to detoxification of industrial cyanide-containing wastewaters. For this purpose, a differential expression study was carried out by RNA-seq from cells cultured with a cyanide-containing wastewater, sodium cyanide or ammonium chloride as the sole nitrogen source. Among the sRNAs identified, sRNA14 (overexpressed in the presence of ammonium) stood out, as its putative target genes include the nitrilase NitC, essential for cyanide assimilation, the FAD-dependent oxidoreductase NitH; and the glutamine synthetase, related to ammonia assimilation. Moreover, sRNA14 showed a high conservation among enterobacterial species (Olaya-Abril et al., 2019).
In the archaeon Haloferax mediterranei, sRNAs have been studied to elucidate their possible role in the regulation of nitrogen assimilation in Haloarchaea (Payá et al., 2018; Payá et al., 2020). The initial identification of sRNAs in H. mediterranei was performed using a library of sRNAs identified in other archaeal species which resulted in the discovery of 295 putative sRNAs genes (hot spots) in the genome of H. mediterranei. Via bioinformatic and RNomic approaches, 88 sRNAs were identified. The differential expression analysis of these 88 sRNAs showed 16 sRNAs with different expression patterns according to the nitrogen source. The expression of their predicted target genes also depends strongly on the nitrogen source. Three regulatory mechanisms mediated by sRNAs were proposed in this study (Figure 4). The sRNA HM8_S which is overexpressed in presence of nitrate is predicted to target glutamate dehydrogenase, under expressed in presence of nitrate. Therefore, this sRNA could negatively regulate the expression of glutamate dehydrogenase. Both HM7_S and HM54_V sRNAs, overexpressed in presence of nitrate, are predicted to target transcriptional regulators belonging to the ArsR family, whose expression depends on the nitrogen source. Finally, the putative target of HM1_A (overexpressed in the presence of ammonium) is an ammonium transporter (expressed in the presence of nitrate or under nitrogen starvation) and therefore this sRNA could be involved in the regulation of ammonium uptake from the extracellular medium. However, more work is needed to confirm these regulatory mechanisms (Payá et al., 2018).
[image: Figure 4]FIGURE 4 | Proposed regulation of nitrogen assimilation by sRNAs in H. mediterranei. The sRNAs highlighted in red correspond to sRNAs expressed in presence of ammonium, while sRNAs shaded blue correspond to those expressed in the presence of nitrate as a source of nitrogen. The red arrows indicate negative regulation and the black arrows indicate positive regulation of their respective target genes.
The second step in the identification of sRNAs in H. mediterranei results in the identification of the complete sRNAome in presence of ammonium or nitrate as the sole nitrogen source. 460 sRNAs were present in both conditions, 102 of which showed differences in their transcriptional patterns. Specifically, sRNAs with potential target genes related to nitrogen metabolism, such as nosL, glnK1, gdh, glnA2, nasB, ilvB3, ilvE2, ilvAm, rrfh1, tyrA, gst2, gabT, gaD2, argD, gltp, purL, argB, gatD, nadE, fdx, exsB, gcvP1 and pyrF also presented differences in their transcriptional expression patterns according to the nitrogen source. From these findings, three potential regulatory mechanisms of nitrogen metabolism pathways mediated by sRNAs were proposed (Figure 4): 1) sRNA228 could be involved in the repression of nitrogen regulatory protein PII (glnK1) in the presence of ammonium, potentially through the posttranscriptional degradation of glnK1 mRNA preventing its transcription and therefore the activation of the GS/GOGAT pathway; 2) the sRNA451 could be involved in the positive regulation of the nitrate/nitrite transporter (nasB) expression in presence of nitrate as nitrogen source, by transcriptional stabilization of the nasB mRNA, increasing nitrate uptake under these conditions; and 3) sRNA238 could be involved in the transcriptional stabilization of the HFX_RS05100 gene (both overexpressed in presence of nitrate). Although HFX_RS05100 encodes a signal transduction protein of unknown function, the results of this work suggest that it may be involved in nitrogen metabolism (Payá et al., 2020).
[image: Figure 5]FIGURE 5 | Roadmap for the progression of sRNA research in environmental cycles includes (A) the Re-evaluation of existing data, (B) the development of improved computational tools and (C) the generation of de-novo sRNA data.
sRNAs Controlling Denitrification
The importance of sRNA regulation in denitrifiers is a relatively recent discovery. However, 167 putative sRNAs across the P. denitrificans genome have now been identified when cultured under denitrifying conditions (Gaimster et al., 2016). Over one third of these sRNAs were differentially expressed between N2 and N2O emitting cultures suggesting a role of these sRNAs in production or consumption of the greenhouse gas. Several of these sRNAs showed sequence homology and conservation across other species in the α-proteobacteria. Interestingly, one particular sRNA, intergenic 28, showed sequence homology to members of the β-proteobacteria, including members of the Bordetella genus which include strains of human host-restricted pathogens as well as free-living environmental strains isolated from both aquatic and soil environments. Commonly predicted targets of sRNAs were transcriptional regulators such as Xre, Fis and TetR- Family regulators, which may act globally. This is consistent with other studies in which global regulators in other bacterial species have been shown to be subject to regulation by multiple Hfq-dependent sRNAs. P. denitrificans is predicted to encode an Hfq protein, Pden_4124, that has 95% sequence identity to Hfq found in R. sphaeroides and 54% sequence identity to P. aeruginosa Hfq. Many sRNAs found in both these bacteria are Hfq-dependent suggesting the same may be the case in P. denitrificans (Gamister et al., 2016). Additional predicted targets for sRNAs in P. denitrificans are transport proteins, also the most commonly predicted sRNA target in the marine denitrifier R. pomeroyi (Rivers et al., 2016).
Mechanistic studies carried out by Gaimster et al. then went on to report a novel regulatory pathway controlling denitrification via a single sRNA, sRNA29 (DenR) (Gaimster et al., 2019). DenR is suggested to stabilize the expression of a previously unknown GntR-type transcriptional regulator, NirR, which in turn represses the denitrification rate through repressing NirS, resulting in reduced N2O emissions. The predicted region of interaction is a 7bp-seed region located within the CDS of nirR, and the underlying mechanism is currently being resolved. GntR-type regulators have been identified across many bacterial species in which they play crucial roles in the regulation of intracellular processes. They are named after the gluconate-operon repressor in Bacillus subtilis and they consist of a conserved N-terminal helix-turn-helix DNA-binding domain, which is linked to a C-terminal signaling domain. The overexpression of DenR also results in altered expression levels of 53 other genes that are mostly genes of either unknown function, genes involved in energy metabolism or transport as well as genes involved in carbohydrate metabolism. Interestingly, DenR has been found to be conserved across several denitrifying bacterial species in the Rhodobacteraceae genus. This includes the closely related species Paracoccus aminophilus but also the more distantly related marine denitrifier Ruegeria pomeroyi. All these species encode a transcriptional regulator with homology to NirR, suggesting a similar, conserved mode of action. Mechanistic studies for other sRNA that are differentially regulated between N2 and N2O genic cultures are currently underway. Although there are limited findings in other denitrifiers, for the opportunistic pathogen P. aeruginosa, the anaerobically induced sRNA Pail is known to be required for efficient denitrification by affecting the conversion of nitrite to nitric oxide (Tata et al., 2017).
THE ROLE OF SRNAS IN OTHER MAJOR ENVIRONMENTAL CYCLES
As marine dissolved organic matter contains equal concentrations of carbon as the Earth’s atmosphere it represents a crucial component of the global carbon cycle. Despite microorganisms being important drivers if the carbon cycle, the microbial activities that regulate the turnover of dissolved organic matter still remain largely unsolved (McCarren et al., 2010). Studies focussing on marine cyanobacteria have identified key sRNAs involved in the regulation of the photosystem which is involved in photosynthesis. Several sRNAs have been found to play an important role in the response to light stress including six sRNAs in the marine bacterium Synechococcus that could have a regulatory effect on the light harvesting apparatus, a major driver of biogeochemical cycles through carbon fixation (Gierga et al., 2012). The sRNA PsrR1 in the cyanobacteria Synechocystis 6803 was established to downregulate the expression of several photosynthesis-related genes in response to high light intensity by targeting several photosynthesis related genes including photosystem I-related proteins, cytochrome c553 and subunit N of the light-independent protochlorophyllide reductase (Gierga et al., 2012; Kopf and Hess, 2015; Pei et al., 2017, Hu and Wang, 2018). The sRNA appears to be regulated by the RpaB protein which is responsible for an increase in the expression of several genes under low light.
Equally, the discovery of 99 putative sRNAs under carbon and nitrogen limitation in the model marine bacterium Ruegeria pomeroyi is of great interest, as this bacterium is suggested to scavenge for alternate sources of organic C, influencing the ratios of major biomolecules in C-limited conditions (McCarren et al., 2010; Rivers et al., 2016). Fourteen of these sRNAs were differentially expressed under C- and N- nutrient limited cultures and their predicted targets include genes involved in transport, cell-cell interactions and nitrogen metabolism. Interestingly, one sRNA showed homology to 6S RNA which is of importance in E. coli and many other bacteria and has been found to downregulate multiple genes under environmentally stressful conditions, including nutrient limitation (Cavanagh and Wassarman, 2014). In R. pomeroyi, 6S was upregulated under C- and N- limited conditions and also showed interesting expression patterns in the context of sulfur metabolism.
Carbon and sulfur cycling in the biosphere are tightly interwoven through various biological processes carried out by marine microorganisms. Dimethylsulfonioproprionate (DMSP) represents not only a major carbon source, but also a source of reduced sulfur in the ocean. It is produced by phytoplankton and is metabolized by bacteria via two separate pathways, the demethylation pathway or the cleavage pathway, that result either in the formation methanethiol (MeSH) or dimethyl sulfide (DMS) respectively (Reisch et al., 2013). MeSH is a major source of reduced carbon and sulfur utilized by marine microbes as an important food source while the production of DMS accounts for a significant flux of sulfur from the ocean (Burns et al., 2016). DMS emissions have been linked to cloud albedo and climate and it has also been shown that DMS emissions influence the level of ocean carbon uptake underlining the close link of carbon and sulfur cycle. The genes involved in both pathways have been extensively studied, however there is little knowledge on the underlying regulatory processes controlling the pathways (Williams and Todd, 2019). It has however been shown that increased light intensity and nitrogen starvation influence levels of DMSP production (Kettles et al., 2014). The enzyme DsyB was recently identified to catalyze a key step in the DMSP production pathway in phytoplankton. In the diatom F. cylindrus both DMSP production and DSYB transcription are increased when nitrogen becomes limiting (Curson et al., 2018). The discovery of 182 potential sRNAs with putative targets including a wide range of regulatory, transport and signaling molecules in R. pomeroyi when grown on DMSP, DMSP intermediates or methionine suggested a potential involvement of sRNAs in posttranscriptional regulation of both DMSP metabolic pathways. Indeed, a knockout of sRNA129 showed significant alterations in the release of DMS and MeSH compared to the wild type R. pomeroyi strain (Burns et al., 2016). Further sRNAs such as sRNA42 and sRNA53, suggested to play a metabolic role via the demethylation pathway, have been predicted to target DMSP lyase dddQ mRNA raising a possibility of post-transcriptional regulation of dddQ. Uncovering the roles of these and other sRNAs found in marine bacteria will enhance the understanding of the cycling of sulfur and other elements in the ocean which is of major importance (Burns et al., 2016).
Human activities have significantly increased the availability of phosphorus in marine habitats leading to eutrophication and increasing primary production of cyanobacterial blooms. A study by Teikari et al., examined the transcriptomic landscape of the cyanobacterium Anabaena sp., one of the most common bloom-forming bacteria, in response to P limitation to increase the understanding of how the changing levels of P affect these diazotrophs. Indeed, they identified differentially expressed intergenic regions which could give rise to sRNAs crucial in the functioning of the cell in response to changing P-levels (Teikari et al., 2015).
Evidence suggests that the archaeal sRNA162 plays a crucial role in the adaptation to different carbon sources, such as when cells switch from methanol to trimethylamine metabolism in the methanoarchaeon Methanosarcina mazei (Jäger et al., 2012). Overexpression of sRNA162 results in a reduced production of its trans-encoded target, the ArsR-type transcriptional regulator MM2441, which affects the transcription level of a number of soluble methyltransferase genes. These genes are recognized as the most highly regulated genes in methanoarchaea and are involved in the degradation of methanol and methylamines (Veit et al., 2005; Bose et al., 2008; Krätzer et al., 2009). The sRNA is suggested to be constitutively expressed during exponential growth phase with methanol as a carbon source, repressing MM2441 by blocking the translation initiation region (Jäger et al., 2012). A fast turnover of sRNA162 however ensures that low MM2441 protein levels are maintained that are still sufficient to repress the mtmB2C2 operon encoding for a methyltransferase and a cognate corrinoid protein. In stationary phase, the turnover time of sRNA162 is reinforced leading to full translational repression of MM2441 and subsequent expression of the mtmB2C2 operon. Additional to the trans-encoded target MM2441, sRNA162 also represents a cis acting RNA, interacting with the 5′-UTR of MM2442, encoding a conserved protein of unknown function.
HOW TO ADVANCE THE FIELD OF SRNA RESEARCH IN ENVIRONMENTAL CYCLES
Although sRNAs regulate a wide range of important biological processes, our current understanding of their role is far from complete, particularly with respect to the microbial ecology of diverse environments. A manipulation of only a handful of these sRNAs in the lab can lead to drastic changes in the response of the lab organism to an experimental condition. For instance, overexpression of DenR in P. denitrificans leads to a drastic decrease in the levels of N2O emitted from the bacterial culture (Gaimster et al., 2019). This suggests that much larger networks of currently completely unknown sRNAs must be involved in an entire environmental response. Uncovering these networks would contribute largely to our understanding of the environmental stimuli that result in the switch from complete denitrification to incomplete denitrification and N2O emissions as well as other processes driving our major biogeochemical cycles.
The use of high-throughput RNA-seq has led to significant advances in the identification of sRNAs. However, the majority of available information for sRNAs associated with biogeochemical cycles is restricted to a few model organisms, and even in these only a few selected sRNAs and their targets have been characterized in detail. Traditionally, coding genes were annotated using automated pipelines, while non-coding regions were overlooked (Figure 5A). The diverse characteristics of sRNAs such as their variation in length and secondary structures as well as a lack of sRNA conservation across distantly related genomes have made their computational discovery a difficult task. Advances in computational biology such as comparative genomics, RNA structure and thermodynamic stability-based approaches as well as transcriptional signal-based sRNA identification have contributed to the identification of a plethora of sRNAs (Sridhar and Gunasekaran, 2013). Though the majority of sRNAs have been identified using comparative genomics, transcriptional signal-based approaches are promising in the discovery of novel intergenic sRNAs (Rajendran et al., 2020). The breadth of bacterial and archaeal species with fully sequenced genomes and pre-existing whole transcriptome studies may well also contribute to the identification of novel sRNA. In Salmonella Typhimurium SL1344 novel and refined sRNA identification methodologies have led to the discovery of large numbers of novel sRNA, suggesting that sRNA genes may even outnumber protein coding genes (Houserova et al., 2021).
Once an sRNA has been identified, the critical bottleneck in the functional characterization is the detection of sRNA targets. By identifying sRNA targets it is possible to integrate this regulatory RNA into the existing models of regulatory networks that fine-tune all microbial processes. This is a crucial step in the development of future mitigation strategies to counter anthropogenically induced shifts in the natural biogeochemical cycles. Experimental target identification via genetic screens, knockouts and sRNA overexpression often followed by proteomics and microarray analysis or qRT-PCR are time-consuming and laborious (Backofen and Hess, 2010; Georg et al., 2019). Therefore, efficient computational target prediction tools are highly desirable (Figure 5B). Existing tools predict sRNA targets based on sequence, thermodynamic scoring of mRNA-sRNA mixed duplexes and RNA secondary structure. However, the accuracy of these tools is highly variable, and their use is complex (Kumar et al., 2020). Therefore, we can assume that many sRNAs remain undiscovered, especially in organisms that are less studied. It will be a major challenge to adapt these methods to gain an idea of the sRNA-targets interactions in complex ecological environments. A more user-friendly approach is necessary to make sRNA identification and characterization more accessible in the future.
To increase our understanding of sRNAs outside of lab model organisms, it is crucial to extend the study of sRNAs in single organisms to a metagenomic scale. In our natural environment, microorganisms do not live by themselves. Instead, they are found in communities which often work together in the response to environmental stresses. Integrative omics approaches can give insights into genes, RNA, proteins and metabolites present in the entire microbial community with a particular function in the environment (Figure 5C). Novel sequencing methods based on sRNAs in a variety of human samples can generate complete metagenomic profiles giving insights into the bacterial communities present in patient samples which is a promising tool for the analysis of both the entire sRNA content and the microbial profile of a sample (Mjelle et al., 2020). Microbial metatransciptomic data sets from the ocean have already revealed the abundance of sRNA in microbial communities and their importance in processes such as carbon metabolism and nutrient acquisition (Shi et al., 2009). Many of these sRNAs were identified as part of pyrosequencing of the total RNA extracted from microbial communities extracted from the Hawaiian ocean. A large fraction of the sequences that shared no homology with known proteins were found to be comprised of known as well as novel, uncharacterized sRNAs (Shi et al., 2009). Another study identified an abundance of diverse sRNAs from an extremophilic microbial community in the Atacama Desert (Gelsinger et al., 2020). Putative targets of these sRNA are involved in osmotic adjustments to major rain events as well as nutrient acquisition which underpins the importance of sRNAs in the community stress response in the natural environment. Community studies like these are important contributors to uncover large numbers of sRNAs in situ that are of environmental importance which can then be further characterized in vitro (Gierga et al., 2012).
sRNA Applications
Recent work has demonstrated that integrated analyses of the microbiome and the bacterial as well as human small noncoding RNAs could be key in the development of novel diagnostic tools (Tarallo et al., 2019; Mjelle et al., 2020; Vogel et al., 2020). For instance, host-microbiome dysbiosis in colorectal cancer patients results in an altered sRNA profile in the human stool compared to that observed in healthy patient samples (Tarallo et al., 2019). Pathogenic bacteria such as Mycobacterium tuberculosis are able to secrete sRNAs which can subsequently be detected in the patient plasma. In both examples, sRNAs could potentially act as biomarkers for diseases. A pathogen often associated with colorectal cancer is Fusarium nucleatum (Brennan and Garrett, 2019). It has been suggested that selective depletion of this pathogen in the colon by administrating a short antisense sRNA targeting the mRNA of an essential gene could provide crucial insights into the link of F. nucleatum to disease (Vogel, 2020). Despite a lack of knowledge around the transcriptome structure and cell envelope of some of these potential target organisms, programmable RNA ‘antibiotics’ are a promising approach to target antibiotic resistant bacteria in the future.
These findings could also be applied in non-host microbiomes. Having established the importance of singular sRNAs in a physiological response, an analysis of the entirety of sRNA present in an environmental sample could provide valuable insights into the specific responses of each microbe present in the sample. Presence of known sRNAs could provide information about the nature of an environmental response. Similar to the potential use of sRNA biomarkers in infection, they could act as biomarkers or ‘ecomarkers’ to identify, for example, whether the microbial communities in an agricultural soil are contributing to the production or consumption of N2O. The idea of RNA ‘antibiotics’ could also be translated to a non-host environment. For example, sRNAs could be engineered to target key microbes or key enzymes in the denitrification cascade, known to be involved in switching on or off N2O production in situ. These could then be added to fertilizers, giving us a chance to control greenhouse gas emissions from the agriculture industry.
CONCLUSION
Microbial sRNAs have already proven to modulate a range of microbial responses. Meta analyses of communities in conjunction with mechanistic data obtained computationally and experimentally from model organisms as well as advancements in the computational sRNA and sRNA-target prediction tools, will are vital and needed to resolve the complex sRNA regulatory networks underpinning biogeochemical cycles such as the nitrogen cycle in the environment. A broader understanding of all sRNAs involved in the switch between N2O production and N2O consumption could contribute to the development of mitigation strategies and sRNAs could be applied to counter the rising levels of the greenhouse gas while maintaining global food security.
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The stable isotope 15N is an extremely useful tool for studying the nitrogen (N) cycle of terrestrial ecosystems. The affordability of isotope-ratio mass spectrometry has increased in the last decades and routine measurements of δ15N with an accuracy better than 1‰ are now easily achieved. Except perhaps for wood, which has a very high C/N ratio, isotope analysis of samples is, thus, no longer the main challenge in measuring the partitioning of 15N used as tracer in ecosystem studies. The central aim of such experiments is to quantitatively determine the fate of N after it enters an ecosystem, mainly as fertilizer, as atmospheric deposition or as plant litter. By measuring how much of this incoming N goes into different ecosystem pools, inferences can be made about the entire N cycle. Sample collection and preparation can be tedious work. Optimizing sampling schemes is thus an important aspect in the application of 15N in ecosystem research and can be helpful for obtaining a high precision of the results with the available manpower and budget. In this contribution, we combine statistical and practical considerations and give recommendations for the design of labeling experiments and also for assessments of natural 15N abundance. In particular, we discuss soil, vegetation and water sampling. We additionally address the most common questions arising during the calculation of tracer partitioning, and we provide some examples of the interpretation of experimental results.
Keywords: nitrogen, isotopes, nitrogen-15, tracer, recovery, experimental design
INTRODUCTION
System ecology and biogeochemistry focus on the dynamics of substances or energy in ecosystems. To monitor the flows of elements through the different pools of an ecosystem, tracers can be an extremely useful tool (Fry, 2006). Nitrogen (N) consists mainly of the stable isotope 14N, with the heavier stable isotope 15N making up a small proportion (0.3663% of the atoms in atmospheric N2). N compounds with a non-natural 15N content can thus be used as a tracer. As such, they make it possible to study the dynamics of N in ecosystems, especially the double role of this element as an essential but also potentially harmful element. N is indeed an essential component of all organisms and plays a role in practically all biological processes. On the other hand, since the beginning of the 20th century, humans have enormously increased its availability in the environment by converting N2 into biologically reactive forms of N. This occurs partly on purpose, through the production of N fertilizers and partly as oxidation byproducts in combustion processes. In many cases this increase has led to eutrophication, acidification and a decrease in the biodiversity of ecosystems (Erisman et al., 2011).
According to Hauck and Bremner (1976), the use of 15N in biological research started around 1940, not long after it became possible to produce substances enriched in this isotope. The first applications were in investigations of plant N uptake from decomposing plant material or from fertilizers. In the following decades, there were hundreds of publications on agricultural research involving 15N. Around 1970, N isotope ratios could only be determined with a precision that was in the same order of magnitude as variations observed in different natural sources (Hauck et al., 1972). At that time, 15N started to be used in large-scale field research, still mostly in agricultural systems [Hauck and Bremner, 1976; Nadelhoffer and Fry, 1994; see also a synthesis by; Gardner and Drinkwater (2009)]. One of the oldest experiments in a forest was conducted in Sweden in the 1960s (Nömmik, 1966; Björkman et al., 1967). A tracer experiment in an alpine grassland in Austria was started in the 1970s and was resampled 27 years later (Gerzabek et al., 2004). According to Nadelhoffer and Fry (1994), large-scale 15N tracer experiments were still a relatively new development in the 1990s. At that time, the analytical precision had improved and became sufficient to even measure variations in 15N natural abundance. For 15N tracer studies, this meant that measurements had become possible even in large ecosystem pools in which the tracer would be strongly diluted. Currently, routine measurements by isotope-ratio mass spectrometry (IRMS) have an accuracy better than one thousandth of the natural abundance, which corresponds to approximately 1 out of 300,000 N atoms in a sample. As an example, it is possible to apply just 1 g or even less of a highly enriched nitrate salt (e.g. KNO3 with 99% 15N) to the soil under a large conifer tree (500 kg biomass), and to quantitatively measure how much of this tracer is recovered in the foliage one year later. And this can be achieved by analyzing a sample weighing less than a single needle of the tree.
Because of improvements in the techniques and a reduction of costs, field studies using 15N as a tracer have increased considerably in popularity. Based on knowledge gained from our own experiments, during counseling activities and through discussions with other researchers (in particular Templer et al., 2012), we want here to summarize methodological aspects of such studies. We will focus on terrestrial ecosystems, mainly on unfertilized ones. We will discuss the setup of experiments, the application of the tracer, the sampling of the various parts of the ecosystem, and the calculation of the tracer recoveries. Finally, we will discuss some examples of how results can be interpreted. Of course, each experiment has its own questions and hypotheses, which affect the choice of methods, but the overall aim of tracer field experiments is to determine the fate of the labeled compounds and to infer about process rates. In this respect, a number of general principles deserve consideration. The goal of the present contribution is, thus, to help researchers in planning, conducting and interpreting 15N tracer field experiments.
EXPERIMENTAL DESIGN
Field experiments with labeled N have the advantage that they can be run for a long time, even years, without disturbing the natural conditions of the system. Due to the complexity of the N cycle in an ecosystem, especially in the soil, field tracer studies usually do not have the aim of quantifying a specific process like N mineralization or nitrification. Using 15N to measure such processes generally requires bringing soil samples to the laboratory and mixing the tracer with the soil, thus disturbing its natural structure. Relatively short incubation periods are then applied, in the order of magnitude of one day (e.g. Wessel and Tietema, 1992; Schleppi et al., 2019). Instead, the aim of field studies is to describe the overall fate of the applied tracer. In this approach, the interpretation of recovery rates is relatively straight forward, especially if the tracer is added to a preexisting N flux into or within the ecosystem. The best examples are 15N added to fertilizer, applied as simulated atmospheric deposition, or applied as labeled plant litter. In many cases, however, single (net or gross) process rates are difficult to estimate from such experiments because pathways of N within the system are multiple and partly bidirectional. Two complementary techniques can help: repeated analyses over time and modeling (Currie, 2007; Krause et al., 2012). With repeated analyses, it is possible to unravel processes that occur on different time scales, for example fast uptake of N by microbes including mycorrhiza (e.g. Zhang et al., 2019) and slower uptake by plants, followed by very slow mineralization of dead plant material and humus. For example, in an experiment with small plots, Providoli et al. (2006) carried out eight sampling events with increasing time intervals, from 1 h up to one year after tracer application. Additional insight can be obtained by analyzing individual N compounds for their concentration and 15N abundance. See “Specific Ecosystem Pools and Fluxes” section for some examples.
With these considerations in mind, we propose a scheme of aspects to consider when setting up 15N tracer experiments in the field (Table 1). This scheme partly reflects well-known statistical knowledge, especially for the difference between true replications and replicated measurements within experimental units. The variability of the ecosystem depends, of course, on the type of system studied and its characteristics. In the case of a forest with adult trees, a much larger study area is required if N fluxes in the trees are considered than if only the soil is studied. In order to obtain measurable 15N abundances in all relevant pools and fluxes, these values may be estimated in advance using recovery rates obtained in previous studies with similar characteristics (e.g. Templer et al., 2012) and various amounts of tracer. A more sophisticated approach is to run an ecosystem model (Van Dam and Van Breemen, 1995; Currie et al., 2004) to simulate the fate of the tracer before applying it. This method was applied, for example, within the European NITREX project (Wright and Dise, 1992). In the last few decades, many 15N tracer studies have been conducted in natural ecosystems and, more generally, in ecosystems that do not receive fertilizers (e.g. Schlesinger, 2009; Templer et al., 2012). In such ecosystems, the amount of tracer has to be kept low in order to avoid inducing a fertilization or eutrophication effect, i.e. to keep the system in its original trophic state. In agriculture, the amount of tracer applied may be higher, but its cost also has to be taken into account, especially if larger areas need to be labeled. In amounts typically needed for larger field studies (1 mol or more), the tracer itself currently costs around 2,000–3,000 USD per mole.
TABLE 1 | Decision scheme for whole ecosystem15N tracer studies.
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Besides the amount of tracer to apply, addressed in the previous section, there are several other practical aspects connected to the application of the tracer. These are mainly: the method of application, the chemical form of the tracer and the timing. Their optimization always depends on the questions asked in these studies. In experiments with mineral fertilizers, tracers can be chosen in the same chemical form and applied mixed into the fertilizer. More questions arise in experiments with the aim of assessing the fate of atmospheric N deposition. In their meta-analysis, Templer et al. (2012) distinguish between three chemical forms (15NH415NO3, 15NH4+ or 15NO3−) and between two application methods (to the canopy or to the soil). The choice of the chemical form depends on the local composition of the deposition that researchers want to trace. If it is possible to do so, applying 15NH4+ and 15NO3− to separate plots leads to a better understanding of their respective short-term plant uptake and immobilization processes. Ammonium is retained much better in the soil than nitrate, by adsorption on clay and humus, and both ions also differ in their uptake by plants (Providoli et al., 2006; Feng et al., 2008; Liu et al., 2017). The preference of plants for these ions appears to be related to their mycorrhizal association (Goodale, 2017). Organic forms of N like glycine have mainly been tested in cold ecosystems where they may play a greater role in plant uptake (Sorensen et al., 2008; Dawes et al., 2017).
As long as the goal is to understand the fate of N from atmospheric deposition, applying the tracer over the canopy is the most representative method. In forests, this has been successfully done by helicopter (Dail et al., 2009). Due to the cost of this method (especially if the application has to be repeated over time), most studies are done by applying the tracer under the tree canopy, over the ground vegetation (Templer et al., 2012). This obviously does not allow for tracer uptake by tree foliage, a mechanism found for both broadleaves and needles, especially in young trees (Wilson and Tiley, 1998; Sparks, 2009; Nair et al., 2016). In contrast, application directly on or into the soil can be used to study plant uptake only via the roots.
The timing of tracer application is also a factor to be considered, as it is well known from agricultural crops that N availability should coincide with plant demand to maximize uptake. Atmospheric deposition, in contrast, has its own seasonality. In order to quantify the fate of N deposition over a year, it is thus advisable to follow a similar seasonality with the tracer, applying it in multiple small amounts. This was done, for example, in small headwater catchments by Providoli et al. (2005). They even noticed that applying the tracer at time of rain events led to more tracer appearing in leached nitrate than when the tracer was applied independent of the weather. This finding can be explained by preferential water flow through the soil during rain events, which hinders nitrate uptake. In experiments with roofs, deposition with a manipulated chemical composition was applied using automated sprinkler systems that simulated the actual rain events (Boxman et al., 1995; Lamersdorf and Borken, 2004; Feng et al., 2008). A single-dose tracer application, as sometimes performed, has the disadvantage that the obtained tracer partitioning is not representative of the actual seasonal dynamics.
A different approach is to follow the recycling of N within the ecosystem using labeled plant litter (Blumfield et al., 2004; Tonon et al., 2007; Hatton et al., 2012). For such experiments, labeled litter is first produced, typically by cultivating plants in pots with a 15N-enriched fertilizer. This prior step may be a reason why the application of 15N via plant litter is chosen relatively seldomly, despite its importance for understanding the release of N from decomposing plant litter and its incorporation into older soil organic matter.
SAMPLING AND CALCULATIONS
Three Components to Determine Tracer Recovery
To calculate the tracer recovery in an ecosystem pool or flux, it is necessary to measure three variables: the tracer fraction, the element concentration and the total mass of the pool or flux.
The tracer fraction in a pool or flux, also called specific labeling, is calculated from an N mass balance. Without tracer, all N pools and fluxes already contain 15N at a natural abundance level. This means that measured 15N is partly native and partly stems from the tracer (see equations below). Three 15N fractional abundances thus enter the calculation: the abundance in the tracer itself, the natural (native) abundance in the pool or flux and the abundance coming from the tracer. These abundances can be measured by isotope-ratio mass spectrometry (IRMS). For a bulk analysis, the IRMS is usually coupled to an element analyzer in which the samples are completely oxidized. In this case, it can easily be combined with the analysis of 13C, but other configurations are possible according to the chemical compounds of interest (see some details in “Specific Ecosystem Pools and Fluxes” section).
Abundances can be quantified with a relative precision that deteriorates with increasing natural and experimental variability. Because the natural abundance is relatively constant through space and time, it requires few samples and analyses to achieve a sufficient precision. In the labeled pools and fluxes, in contrast, the 15N abundance varies because of inhomogeneity both in the tracer application (experimental imprecision) and in the N cycling processes (natural variability). To compensate for this variability, the labeled pools and fluxes should be sampled and analyzed with a higher intensity than the controls used for the determination of natural abundances. This is especially true in short-term studies, where N pools and fluxes are analyzed at a frequency of hours or days: at this time scale, the natural abundances usually do not show any measurable changes. If the 15N abundance in the pool remains much higher than its natural abundance, the latter may even be ignored in the calculation (see Eq. 4 below).
The N concentration in the pools or fluxes is usually measured in the same samples used to determine their 15N abundance, most of the time in the same mass spectrometry analysis. Because the mass spectrometer is optimized for measuring the 15N abundance and not necessarily the N concentration, a separate analysis may improve the precision and also make it possible to measure other chemical elements like carbon and sulfur.
The pool sizes or fluxes are often measured independently from the N and 15N analyses. The measurement techniques vary according to the nature of these pools or fluxes (e. g. soil, plants, water) and will, thus, be discussed in the following sections.
Calculation of Tracer Recovery
Methods for calculating tracer recovery have been described in many publications, but often with diverging or even mathematically improper notations. Equations (Providoli et al., 2005) are therefore recalled and completed here, using SI units and thus avoiding unnecessary conversion factors. Abundances of stable isotopes in samples are routinely expressed in the δ notation in relation to a standard (Eq. 1):
[image: image]
where R is defined as the molar fraction of the heavier to the lighter isotope, i.e. 15N/14N. δ values are essentially dimensionless and mostly expressed in ‰. For 15N, the standard is atmospheric N2, with Rstandard = 0.0036765. Rsample can be calculated by inverting Eq. 1 to Eq. 2:
[image: image]
For further calculations, we use the molar ratio to calculate the fractional abundance (Eq. 3):
[image: image]
Equation 3 is given without subscripts because it applies to samples as well as to standard and reference material. Unfortunately, there are actually two definitions of δ coexisting in scientific publications. The second has the same form as Eq. 1 but with F instead of R, and thus uses Fstandard = 0.003663. To avoid unnecessary confusion, we do not give this second equation explicitly. The F-based δ would actually be preferable because it makes calculations a bit easier, but IRMS laboratories typically use the R-based definition and report results in this form. Therefore, Eq. 2 and Eq. 3 should normally be used in calculations based on δ values from an IRMS laboratory. Double-checking this is still advisable.
In a next step (Eq. 4), fractional abundances are used to calculate the tracer fraction Xsample, defined as the molar ratio of tracer N to total N in a sample:
[image: image]
where Freference is the fractional abundance in unlabeled samples and Ftracer is the abundance in the applied tracer (typically given as atom % by the producer). All equations so far are based on the number of atoms and not on their mass. For further calculations, we need amounts of N, which are typically obtained as masses (g) from IRMS laboratories. It is therefore necessary to convert these masses to moles (Eq. 5):
[image: image]
where n is the molar quantity, m the mass and M the molar mass. Because of the different masses of the isotopes, the molar mass itself is not constant but needs to be calculated from the isotope fraction F (Eq. 6):
[image: image]
Note that coefficients in Eq. 6 (in g mol−1) are often rounded to the unit, i.e. to 14, 15 and 1, which affects the results only from the fifth significant digit onwards. Finally, the tracer recovery Z (tracer recovered in a pool or flux relative to the tracer applied) can be calculated (Eq. 7):
[image: image]
where npool and ntracer are the total amounts of N (in mol) in the pool and in the tracer, respectively. These amounts of N can be expressed per experimental unit (plot) or per area, but both should obviously be on the same basis. The tracer recovery Zpool is usually expressed in %, but this is again only a transformation of units and thus not included in the SI-based equation.
In some studies, N masses were not transformed into molar quantities, i.e. N masses were used in Eq. 7 instead of N amounts in mol (Hauck and Bremner, 1976; Nadelhoffer and Fry, 1994). The resulting difference in terms of tracer recovery can be quantified. Substituting Eq. 5 and Eq. 6 into Eq. 7 gives:
[image: image]
So if tracer recovery is calculated using masses (m) instead of molar quantities (n), the resulting Zpool differs from the true value by a factor (14 + Ftracer)/(14 + Fpool). In case of a highly enriched tracer (Ftracer ≈ 1) and small sample enrichments (Fpool << 1), this factor equals 15/14. This means that tracer recoveries are underestimated by about 7%.
Graphical Representation of 15N Recovery
In a tracer experiment, recovery in an N pool (Z in the above calculations) is proportional to the pool's size (npool) times its tracer fraction (X). This is illustrated graphically in Figure 1, which shows the results of two tracer experiments in a forest with experimental low and high N deposition (Wessel et al., 2021). The area of each rectangle represents the recovery in an N pool, with the vertical dimension indicating the size of the N pool and the horizontal dimension the tracer fraction. As the tracer application amounts differed between N deposition treatments, the x-axis scale differs among panels. In the figure it is apparent that some pools contributed considerably to the total tracer recovery because they were large, such as the mineral soil pools. Other pools, such as the aboveground vegetation and the LF1 layer, only made a small contribution to the total 15N recovery despite their relatively large tracer fraction because their N pool sizes were small.
[image: Figure 1]FIGURE 1 | Size of each N pool against the presence of tracer in the pool in high and low N deposition plots in a Scots pine forest, one, eight and nineteen years after labeling. The area of each rectangle represents the recovery of 15N in that pool (expressed as the proportion of applied label, see legend in upper left panel). Please note that the x-axes for the high and the low N deposition treatments have different scales. Redrawn from Wessel et al. (2021).
SPECIFIC ECOSYSTEM POOLS AND FLUXES
Soil
Much of the applied 15N tracer is typically recovered in the soil (Templer et al., 2012), and the accuracy of the total recovery thus largely depends on the accuracy of the soil analysis. Soil cores are typically taken according to sampling schemes similar to those used for other chemical analyses. These cores are then analyzed individually or combined to form composite samples. If present, undecomposed plant litter can be taken from the same cores and separated from the decomposing organic soil horizon. After this, the soil cores have to be cut according to their horizons. This step is crucial because it determines how well the obtained results will be comparable across plots, treatments, sampling times or even between different experiments and soil types. Cutting horizons by depth or along horizon borders is a matter of choice, as is the case of soil analyses in general. Working with horizons can facilitate interpretation of the results, but working with depths can be more reproducible across soil types. Apparent soil densities may show large spatial and temporal variations within a layer or horizon. For this reason, it is always advisable to measure the dry mass of each horizon in each sample. Relying on an average density can lead to gross errors, especially when this density is low and the soil tends to be compressed during coring.
If the mass, the N concentration and the tracer fraction are all measured from the same sample (corresponding to one or several cores), then the N recovery can also be calculated per sample before being averaged. This is better than calculating averages of the mass, N concentration and tracer fraction for two reasons. First, it allows a direct calculation of statistical parameters (standard deviation, standard error, confidence intervals) of the recovery. Second, it is not biased if the three variables are somehow correlated. For example, a sample having a higher N content (higher mass and/or higher N concentration) can be expected to have a lower tracer fraction due to dilution by the native N. In this case, averaging the tracer fractions would lead to an overestimation compared with averaging the tracer recoveries (Table 2). This leads to the following general advice: calculate averages of amounts, not of abundances or concentrations. If, for any reason, the mass, N concentration and tracer fraction are not measured in the same samples, then error propagation laws have to be used to estimate the standard error of the tracer recovery. In most such cases, correlations between the three components of the recovery are not known, and this prevents a proper calculation of error propagation. However, because pool mass, N concentration and tracer fraction are more likely to be negatively than positively correlated, a calculation without accounting for these correlations can be considered conservative.
TABLE 2 | Calculation of tracer recovery by averaging the recovery of single samples (replications) vs. the calculation based on average N concentrations and δ15N.
[image: Table 2]Soil Components
N is present in many different bio-physico-chemical forms in the soil. Besides calculating total tracer recovery in soil horizons, it is often interesting to determine in greater detail the forms in which the applied tracer is present. The most frequent goal of these analyses is to separate more or less stable fractions, which can store and release the tracer at different time scales. Typical methods are extraction (e.g. Providoli et al., 2006), hydrolysis (e.g. Morier et al., 2010) and density fractionation (e.g. Hatton et al., 2012; Kramer et al., 2017, on natural 15N abundance). The fumigation-extraction method (Brookes et al., 1985) plays a specific role as it allows the estimation of tracer recovery in soil microorganisms. It is not our goal here to examine the advantages and limitations of these methods, which are not directly related to isotopes. The analysis of aqueous solutions obtained from extractions will be treated in “Water” section, along with the analysis of natural water samples.
In the context of 15N tracer experiments, the recovery rate of extraction or separation methods always plays a central role, as it also affects the recovery rate of the tracer. Correction factors are often applied, for example to estimate microbial N from the fumigation-extraction method. Applying the same factor to the tracer is always questionable and should in any case be interpreted with caution. Further, one of the greatest challenges is certainly to relate fractions empirically obtained by analyses to pools defined conceptually or implemented practically in ecosystem models.
Roots
Fine roots (<2 mm as the standard definition) are usually taken from the same soil cores as used for soil analysis. Depending on the morphology of the roots and on the soil structure, this task can be very time consuming. This is especially the case for dense root systems of Gramineae. In some cases, it is easier to work with separate cores and to wash the roots free of soil with water, subsequently calculating tracer recovery in the root-free soil as a difference.
Coarse roots, especially coarse tree-roots, can rarely be sampled quantitatively by soil coring. A separate estimation of their dry mass can improve the results, but the accuracy is essentially limited by the difficulty in accessing root systems. Systematic sampling often requires a considerable amount of digging, i.e. more destructive sampling. If available, allometric estimations based on aboveground parameters may be sufficient to estimate the dry mass of coarse roots. As the tracer fraction and pool size are not estimated from the same samples, the accuracy of the tracer recovery has to be estimated by error propagation laws, and, as a consequence, possible correlations between the two remain unnoticed. Another consequence of using allometric relationships is that the spatial variation in the dry mass is practically impossible to determine, and is generally ignored in calculations and statistical tests.
Ground Vegetation
The ground vegetation comprises mosses and aboveground parts of herbaceous vegetation and of shrubs. Except for taller shrubs, ground vegetation is best analyzed by quantitatively harvesting patches. The number and size of the patches must be chosen according to the homogeneity of the vegetation cover. In ecosystems with only a few plant species, the individual species can be weighed and analyzed separately. In species-rich systems, functional groups may be considered, for example separating mosses, monocotyledons and dicotyledons. If a species or a functional group is absent from a sample, then its tracer fraction and N concentration are missing data. Its tracer recovery, however, is not missing data but rather zero. Treating it as missing data would mean overestimating the average recovery by systematically removing all zero values. Again, to avoid bias in the recovery calculation, the same rule as for the soil (see above) should be applied: amounts can be averaged, whereas abundances and concentrations should not.
Trees
The aboveground parts of large shrubs and trees can rarely be harvested quantitatively to analyze their tracer recovery. Just as in the case of coarse roots, the biomass of their different parts has to be estimated by allometric relationships: foliage, branches and trunks (bark, wood). The corresponding pools are sampled and analyzed separately. Wood is often difficult to analyze because of its high C/N ratio (Savard et al., 2020), meaning that its combustion for mass spectrometry produces much CO2 but little N. Wood must be finely ground before analysis because the combustion of even tiny wood chips is not fast enough. In some species, it has been observed that tracer N also enters older wood (Tomlinson et al., 2014). It is thus important to take wood cores that go deep enough into the trunks. In spruce trees, for example, tree rings from at least the last 30 years should be analyzed, but rings can be grouped (Schleppi et al., 1999). Analyzing wood from different heights above the ground has also been tested but does not appear to be necessary (Nadelhoffer et al., 2004). The wood mass of each ring or ring group is then calculated from the ring widths and wood densities, and from the size of the trees. A model for the shape of the tree species is therefore necessary (for example a simple conical shape). For the diagnostic of nutrient status, tree foliage is typically taken from the top, sunlight-exposed part of the crowns, which enables comparisons between trees and between stands. For a mass balance, however, it is essential to remember that shade foliage can be very different from sunlit foliage. This is true for its chemical composition but also especially for its morphological parameters, with shade foliage having a lower specific mass (less dry matter per area). The specific leaf mass is required in the calculation of the total mass of foliage based on indirect measurements of the leaf area index (leaf area per ground area). It is thus advisable to sample foliage from different heights within a forest canopy.
Water
For the analysis of soluble N compounds in water samples or soil extracts, it is necessary to separate them from the water, which is often time consuming. For the combined analysis of 15N and 18O in nitrate, we refer to the extensive publication by Kendall et al. (2007). As long as no other isotope has to be measured (e.g. 18O in nitrate), the method of ammonia diffusion is well established, giving good recovery rates and sufficient precision (Schleppi et al., 2006a). With this method, it is possible to determine the isotope fraction in inorganic N. This is achieved directly for ammonium and for nitrate after its reduction to ammonium. Total dissolved 15N can be measured by first lyophilizing the water samples, then analyzing the residue by IRMS. The 15N fraction in dissolved organic N (DON) can be calculated as the difference between total N and inorganic N (e.g. Providoli et al., 2006). If there is much more tracer in inorganic N than in DON, however, this calculation becomes too inaccurate.
In contrast to soil or plant pools, water can be highly mobile in an ecosystem, in which case its fluxes must be considered. This requires more frequent sampling and appropriate methods to integrate element fluxes based on discrete analyses (Schleppi et al., 2006b). In hydrologically defined catchments, dissolved N compounds leaving the ecosystem can be determined by quantifying and sampling the runoff. For vertical movements of water-dissolved N in the soil, water fluxes need to be modeled (Koopmans et al., 1996; Gundersen, 1998; Feng et al., 2008). The application and constraints of such an approach are not different than for dissolved compounds in general and thus will not be detailed here (Tiktak and Van Grinsven, 1995).
LONGITUDINAL STUDIES AND MODELING
Longitudinal studies involve the repeated sampling and analysis of pools and fluxes over several years or even decades. Compared with short-term studies with a time scale of days, long-term studies pose some specific challenges and opportunities. The long-term fate of 15N tracers is especially useful to assess the effect of slow changes, as brought about by atmospheric deposition (Veerman et al., 2020; Wessel et al., 2021) or climate change (Cheng et al., 2019). Interpretation of long-term tracer experiments can be a challenge, but can be improved by the use of models (Currie, 2007). These vary from simple mixing models to derive the N dynamics of one tracer experiment (Gerzabek et al., 2004) to complete ecosystem models (Van Dam and Van Breemen, 1995; Currie et al., 2004). The latter are complex models, including many ecosystem processes such as photosynthesis, substrate allocation, litter production, soil organic carbon transformations, and water and solute flow. Such models, however, have only been applied to field experiments in a few cases (Koopmans and Van Dam, 1998; Currie et al., 2004; Krause et al., 2012), as all the different processes in the model have to be parameterized and calibrated before the model can be put to use. An alternative to these models is the approach used by Rastetter et al. (2005), in which an already existing model is used for the simulation of the N dynamics, after which a second model just adds the 15N dynamics to the total N simulation results from the first model. As the 15N does not affect the N transformations or any other process in the ecosystem, its dynamics can be calculated afterward. Another approach is to mimic 15N dynamics in models by running such a model twice, adding a small amount of additional N into the N deposition input stream representing the tracer during the second model run (Thomas et al., 2013; Cheng et al., 2019). As these models have a broader application than just for the modeling of 15N tracer, the effort needed to get them to produce meaningful output may be less.
As an example of a simple model application, we show here how the analysis of 15N in tree needles and litter can help to understand the plant uptake of N brought about by atmospheric deposition. The data (Figure 2) are from a long-term NH4NO3 addition to a subalpine coniferous forest where the treatment was labeled on both ions (15NH415NO3) during the first year (Schleppi et al., 1999). Needles of conifers can be separated according to their age. Here, we sampled five cohorts and repeated the measurements for nine years. Litter was also collected, with about two thirds of this material being old needles. The N translocation model used with these data is based on three plant pools (Figure 2): the needles (divided into seven age classes), a mobile N pool in woody tissues and bark, and the N immobilized in such tissues. The uptake from the soil, translocation within the plant and N loss by litterfall were the considered fluxes, with rates calibrated by fitting the model to the available data. These rates are all depicted in Figure 3. The best fit explained R2 = 91% of the variance in the δ15N measurements. Besides the incorporation of new N into growing needles (cohort 1, marginally also cohort 2) and retranslocation out of senescing needles (cohorts 4–7), relatively large exchanges between the different cohorts via the mobile N pool had to be taken into account in order to achieve the observed partitioning of tracer across the different needle age classes. The modeled tracer N uptake by the trees is shown as bars in Figure 3. This time-course contrasts very much with the rapid disappearance of 15N in nitrate leached from this forest (Providoli et al., 2005; Schleppi et al., 2017). On the other hand, 15N available to trees decreases markedly from year to year while tracer in the bulk soil remains quite stable for decades, as observed in this experiment as well as in three other experimental forests across Europe (Veerman et al., 2020). This clearly shows that different N pools with different turnover times are involved. A simple model like the one considered here obviously cannot unravel the different processes taking place in the soil itself, but it shows the potential value of combining longitudinal tracer studies with ecosystem models.
[image: Figure 2]FIGURE 2 | Simple model used to describe the translocation of 15N tracer in coniferous trees with several needle age classes (cohorts). Measured N pool and 15N abundances are indicated by stars.
[image: Figure 3]FIGURE 3 | 15N abundances in Norway spruce needle cohorts and in litterfall in an N addition experiment in which a15NH415NO3 tracer was applied during the initial year (Schleppi et al., 1999). Dots represent measurements and lines are modeled δ15N values. The modeled tracer uptake by the trees is shown as bars.
CHALLENGES AND OPPORTUNITIES
According to Templer et al. (2012), most 15N studies in terrestrial ecosystems show a total tracer recovery well below 100%. Grasslands show even less recovery than forests in spite of the fact that an herbaceous vegetation is much easier to sample quantitatively. Some fluxes often remain unaccounted for in such studies, especially volatilization immediately after application, denitrification, grazing and lateral fluxes out of the plots. N leaching (mainly as nitrate but also as DON) is usually not directly measured but calculated by multiplying concentrations in soil water under the rooting zone by water infiltration at this level. This approach neglects preferential flow and may thus lead to an underestimation of the leaching flux. While lateral fluxes can be minimized by labeling also borders around the sampled plots (mainly above the plot if it is on a slope), all other processes are relatively difficult to capture and thus remain a challenge for future studies.
15N tracer studies in terrestrial ecosystems, especially in forests, have been used to constrain global climate models (Nadelhoffer et al., 1999; Cheng et al., 2019). This kind of application has been criticized because N uptake by tree canopies is not taken into account when 15N tracer is applied under tree crowns (Sievering, 1999; Nair et al., 2016). While the uptake of sprayed tracer by foliage of small trees has been well documented (Sparks, 2009), the magnitude of this process is still not really quantified for trees in their forest environment, especially considering the difficulty of reproducing experimentally the N deposition brought by natural rain events. Towers built in forests for research purposes may give opportunities to conduct realistic tracer experiments where 15N could be sprayed over trees specifically during rain events.
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Paddy fields are major sources of atmospheric N2O. Soil temperature and moisture strongly affect N2O emissions from rice fields. However, N2O emissions from cold-waterlogged paddy fields (CW), an important kind of paddy soil in China, are not well studied so far. It is unclear whether the N2O emissions from cold-waterlogged paddy fields are the same as normal paddy fields (NW). We investigated the N2O emission characteristics from the CW and NW paddy fields under with (R1) and without (R0) rice in Tuku Village, Baisha Town, Yangxin County (YX site, monitoring in 2013) and Huandiqiao Town, Daye City (DY site, monitoring in 2014); compared the difference and influencing factors between the CW and NW paddy fields at two sites in South China. The results showed that the N2O emissions from NWR0 were 13.4 times higher than from CWR0, and from NWR1 were 10.3 times higher than from CWR1 in the YX site. The N2O emissions from NWR0 were 2.4 times higher than from CWR0, and from NWR1 were 17.3 times higher than from CWR1 in the DY site. The structural equation models (SEMs) showed that the N2O emissions are mainly driven by rice planting and soil moisture in the NW fields at the annual scale, while soil temperature in the CW fields. Overall, N2O emissions from cold waterlogged paddy fields are significantly lower than those of normal paddy fields due to the low temperature and higher water content; however, there are dinitrogen emissions from cold waterlogged paddy fields denitrification should be further examined.
Keywords: cold-waterlogged paddy field, N2O, soil temperature, nitrate, ammonium
INTRODUCTION
Nitrous oxide (N2O) is the third-largest long-lived greenhouse gas following CO2 and CH4. The lifetime of N2O in the atmosphere is about 121 years, and its greenhouse effect is 265 times that of CO2 on a hundred-year scale (IPCC, 2014). Farmland ecosystems are the primary anthropogenic source of N2O emissions.
The nitrification and denitrification of the soil’s nitrogen cycle can lead to N2O emissions (Spott et al., 2011; Butterbach-Bahl et al., 2013; Hu et al., 2015a). Soil water change, soil aggregate fragmentation, organic matter degradation, and organic nitrogen mineralization regulate N2O emissions (Čuhel et al., 2010; Sheng et al., 2013; Wissing et al., 2013; Zhu et al., 2013; Wang et al., 2014; Weller et al., 2016).
Rice is a staple food and feeds nearly 50% of the global population (Alexandratos and Bruinsma, 2012). Paddy fields are an important source of N2O emissions, and 8–11% of China's agricultural N2O emissions were estimated from rice fields (Zou et al., 2009). A cold-waterlogged paddy field is a major type of low-yield paddy soil in China, accounting for 15.2% of the total paddy fields in this country (Xie et al., 2015). Its main characteristics are higher groundwater levels and lower soil temperature than normal paddy fields (Qiu et al., 2013; Liu et al., 2016). Those environments make strong anaerobic conditions, poor soil structure, high organic matter contents, and low rates of N mineralization (Xie et al., 2015). Those properties of CW fields result in significantly lower rice biomass yields and higher methane emissions than normal paddy fields (NW fields) (Xu et al., 2020).
Soil water content has a decisive influence on the process of nitrification and denitrification (Davidson and Verchot, 2000). Soil water-saturated areas or flooding conditions hinder gas diffusion and form an anaerobic soil environment (Zhu et al., 2013). Alternating wet and dry, the most common water management measures in normal rice fields, causes repeated nitrification and denitrification and results in a large amount of N2O production and emission Hofstra and Bouwman (2005), Hu et al. (2015b), Patrick and Wyatt (1964), Fierer and Schimel (2002), Gaihre et al. (2017), Islam et al. (2018), and N2O emissions from lowland rice fields showed significant spatial and seasonal variations from lowland rice fields (Gaihre et al., 2017). However, due to the high groundwater level, the effects of alternating dry and wet measures in cold-waterlogged paddy fields are far inferior to normal rice fields.
As mentioned above, there are considerable differences in soil water content, soil temperature, soil organic matter content, rice yield, and methane emissions between CW fields and NW field. However, N2O fluxes characteristics, total N2O emissions, and influencing factors of cold-waterlogged paddy fields have not been explored. We hypothesized that the cold-waterlogged paddy fields have lower N2O emissions than normal rice fields. The impact of rice planting on nitrous oxide emissions and the significant effect of nitrous oxide emissions should differ from normal rice fields. Therefore, this study intends to systematically monitor the cold-waterlogged paddy field’s N2O emissions characteristics on an annual scale in two representative regions and analyze the main controlling factors that affect N2O emissions. It’s significant to understand rice fields’ total greenhouse effect, accurately assessing the N2O emissions of China’s rice field system, and reasonably formulate the emission reduction measures of this type of rice field.
MATERIALS AND METHODS
Study Site and Experimental Design
The study was conducted at two sites with different climate zones in Huangshi, Hubei Province, China. One belongs to a subtropical climate zone in Tuku Village, Baisha Town, Yangxin County (YX site, 2013), and soil-derived from acid aplite. Another is Huandiqiao Town, Daye City (DY site, 2014), a northern subtropical monsoon climate zone and soil derived from carbonatite. Soil physical and chemical properties of the surface layer soil (0–20 cm) are listed in Table 1. We conducted eight treatments, including NW planted with (NWR1) or without (NWR0) rice and CW planted with (CWR1) or without (CWR0) rice in both sites. The area of each plot with rice was 100 m2 (10 m × 10 m), and the subplot without rice was 3 m2 (1.5 m × 2 m). Each treatment had three replicates. Urea, calcium superphosphate, and potassium chloride were applied as nitrogen, phosphorous, and potassium fertilizers, respectively (N: P2O5: K2O = 180: 90: 120 kg hm−2) at both sites. Specifically, 50% nitrogen, 100% potassium, and 100% phosphorus were applied as basal fertilizer. The remaining 30% nitrogen applied at the jointing stage, and another 20% nitrogen applied ∼15 days after full heading.
TABLE 1 | Soil physical and chemical properties (mean ± SD, n = 3) in paddy fields at the two experimental sites in Hubei Province, China.
[image: Table 1]Gas Collection and Analysis
N2O fluxes were measured using a static chamber technique, as reported previously (Xu et al., 2020). Each static chamber consisted of three parts: a bottom base, a middle chamber, and a top chamber. The chambers were wrapped with a layer of thermal insulation material. The base’s four walls were drilled at 10 cm from the top with two rows of 2-cm-diameter holes to facilitate water and fertilizer flow. The base (42 cm long × 42 cm wide × 20 cm high), with a groove around the top edge, was inserted 20 cm into the soil and remained in situ except for tillage. The middle chambers with a groove around the top edge and top chambers (42 cm long × 42 cm wide × 50 cm high) covered the base (with a volume equal to the sum of middle and top chambers).
At transplanting, we transplanted four rice plants (at the same density as outside of the chamber) in the base. The gas samples are sampled every 7–10 days in the non-rice season. During the rice planting period, gases were collected for five consecutive days; thereafter, the gases were periodically collected at 7-days intervals. For each sampling, the gas within the chamber was collected four times from 8:00–10:00 a.m., using a 30-ml gas-tight syringe at 0, 5, 10, 15, and 20 min. The samples were transported to the laboratory and analyzed within 24 h. Meanwhile, soil temperature at a depth of 5 cm was recorded using an electronic digital thermometer.
The concentrations of N2O in gas samples were analyzed by gas chromatography (Agilent 7890A, United States) equipped with an electron capture (ECD) for N2O concentration analyses at 350°C, and the carrier gas was purified N2. We calculate the N2O fluxes by making a linear regression of the gas concentration.
The N2O fluxes was calculated using the following formula:
[image: image]
Where F is the N2O flux (ug m−2h−1); ρ is the N2O density in the standard state (kg m−3); V is the effective volume of the closed chamber (m3), S is the base area (m2); dC/dt is the change of N2O concentration in the sealed chamber per unit time, and T is the average temperature in the closed section.
The N2O cumulative gas emissions was calculated by interpolation using the following formula (Iqbal et al., 2008):
[image: image]
where Ec is the cumulative emissions (mg m−2), n is the number of observations, Fi (ug m−2h−1), and Fi+1 (ug m−2 h−1) are the fluxes of the i and i+1 sampling, and ti and ti+1 are the i and i+1 sampling date.
Soil Variable Measurements
Soil temperature near the base frames was measured at a depth of 5 cm in each plot and subplot using an E278 probe-type digital thermometer (Minggao Electronics Ltd., Shenzhen, China). Topsoil samples (0–20 cm) were collected randomly from five points per plot (including the plot and subplot) using a gauge auger (3-cm inner diameter) and transported immediately to the laboratory, and then homogenized and divided into two parts. One part was dried at 105°C for 24 h to determine soil water content by gravimetric. The other part was extracted with 0.5 M K2SO4 solution (soil: water = 1:5) for 1 h shaking and then filtrated to determine soil mineral N (NH4+-N and NO3−-N) and dissolved organic carbon (DOC). The NH4+-N and NO3−-N were analyzed using a flow-injection auto-analyzer. The DOC was measured with a TOC analyzer (Wu et al., 2017).
Statistical Analysis
N2O accumulation emissions are expressed as the mean ± standard deviation (SD) from three replicates. Statistical analysis was conducted using SPSS 24 (IBM SPSS, Somers, United States). The relationship between N2O fluxes and environmental factors was performed in R (v3.6.1) using the “basicTrendline” packages with a single environmental factor as the independent variable and N2O flux as the dependent variable. The model parameter is used to select the fitting function, and the p-value and R2 value are used to determine the final regression model. Finally, SEMs were used to analyse the direct and indirect relationships between environmental factors and the N2O fluxes. The first step in an SEM requires establishing an a priori model based on the known effects and the relationships among the driving variables. The piecewiseSEM package (version 2.1.0) was used to analyze SEMs. We used non-significant (p > 0.05) Fisher’s C values to indicate a good fit (Ochoa-Hueso et al., 2020).
RESULTS
Characteristic of Environmental Factors
Regardless of rice planting, the mean soil water content of CW fields was significantly higher than that of NW fields during the monitoring period (Figure 1, p < 0.01), and rice planting has no difference at both types of fields at two sites. The average concentration of DOC for the CWR0 and CWR1 was significantly higher than those of the NWR0 and the NWR1 at the DY site (Figure 1, p < 0.01), but no difference at the YX site. The average concentration of NO3−-N for the CWR0 was significantly higher than that for the NWR0 at the DY site (Figure 1, p < 0.01), and the average concentration of NH4+-N of the CWR1 was significantly higher than that of the NWR1 at the DY site (Figure 1, p < 0.01). In the same site, the CW fields’ mean soil temperature was lower than that of the NW fields’ during the entire monitoring period, and the differences were not statistically significant (p > 0.05). However, from July 1, 2013, to September 1, 2013, the average soil temperature of the CW fields (28.45 ± 1.98°C) was significantly lower (p < 0.001) than the NW fields (29.87 ± 1.98°C) (Figure 1 A3), and from July 1, 2014, to September 1, 2014, the average soil temperature of the CW fields (29.97 ± 1.20°C) was significantly lower (p < 0.001) than the NW fields (31.52 ± 1.74°C) (Figure 1 A3).
[image: Figure 1]FIGURE 1 | The difference of environmental factors between YX site and DY site (adapted from Xu et al., 2020). Note: CWR0 and CWR1 are cold-waterlogged paddy field without and with rice planting, respectively; NWR0 and NWR1 are normal paddy field without and with rice planting, respectively. The number on the horizontal line indicates the significance of the difference. The points outside the box plot indicate outliers.
Characteristic of N2O Fluxes and Cumulative Emissions
The N2O emissions characteristics of CW paddy fields and NW paddy fields are shown in Figure 2. The N2O fluxes at the YX site are between −32.93 −778.98 μg m−2 h−1, and the DY site is between −11.82 −93.42 μg m−2 h−1. The NW rice field of the YX site has three obvious emission peaks without rice. The other three treatments have no emission peaks. All the treatment emission peaks of the DY site are significantly lower than the YX site under the same treatment.
[image: Figure 2]FIGURE 2 | Annual N2O emissions from the CW and the NW paddy fields under different treatments. Note: CWR0 and CWR1 are cold-waterlogged paddy field without and with rice planting, respectively; NWR0 and NWR1 are normal paddy field without and with rice planting, respectively. The values are means ± SD (n = 3). BF, SF, and TF are base fertilization, seedling fertilization, and tillering fertilization.
The annual mean N2O fluxes of NWR0 treatment are 35.29 ± 16.17 μg m−2 h−1, and 8.91 ± 3.03 μg m−2 h−1 at YX and DY sites, respectively, and of CWR0 treatment are 4.26 ± 1.72 and 2.10 ± 1.31 μg m−2 h−1 at YX and DY sites, respectively. The mean N2O fluxes from CWR0 treatment was12.1% of that of NWR0 treatment at the YX site and was 23.6% at the DY site, respectively. The mean N2O fluxes of NWR1 treatment was 12.78 ± 2.91 μg m−2 h−1 at the YX site and was 36.00 ± 26.48 μg m−2 h−1 at the DY site, respectively. The mean N2O fluxes of CWR1 treatment was 3.82 ± 2.07 μg m−2 h−1 at the YX site and was 0.43 ± 1.43 μg m−2 h−1 at the DY site, respectively, and mean N2O fluxes from CWR1 treatment was 29.89% of that from NWR1 treatment at the YX site and was 1.20% at DY site, respectively.
The cumulative N2O emissions were calculated by interpolation (Table 2). The results showed that the N2O cumulative emissions from the CWR1 treatment were the lowest at both sites. The highest N2O cumulative emissions were observed in NWR0 treatment at the YX site and in NWR1 treatment at the DY site. Regardless of rice planting, N2O cumulative emissions of the NW fields were significantly higher than that in the CW fields (Table 2, p < 0.05) at both sites. Rice planting significantly reduced the cumulative N2O emissions from the NW field at the YX site but increased dramatically at the DY site. However, rice planting had no significant effect on the cumulative N2O emissions from CW fields at both sites (Table 2).
TABLE 2 | N2O cumulative emissions and ratio at different stages during the monitoring period.
[image: Table 2]Relationships between Environmental Factors and N2O Emissions
For the YX site, the N2O fluxes decrease first and then rise with the increase of the soil temperature in the NWR0 treatment (p < 0.001, Figure 3 A3). The N2O fluxes decrease first and then rise with the rise of the soil water content (p < 0.001, Figure 3 B3), and the N2O fluxes decrease first and then rise with the increase of the NH4+-N concentration (p < 0.001, Figure 3 D3) in the NWR1 treatment. For the DY site, the N2O fluxes decrease first and then rise with the increase of the soil DOC concentration (p < 0.05, Figure 4 C1) in the CWR0 treatment. The N2O fluxes decrease first and then rise with the increase of the soil temperature (p < 0.001, Figure 4 B1) in the CWR1 treatment. The N2O fluxes present a trend of first decreasing and then increasing with the increase of the soil temperature (p < 0.05, Figure 4 A4), and N2O fluxed increases with the soil NO3−-N concentration (p < 0.05, Figure 4 E4) in the NWR1 treatment. Other indicators at both sites have no significant relationship with N2O fluxes (Figure 3 and Figure 4).
[image: Figure 3]FIGURE 3 | A1, B1, C1, D1, and E1 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the CWR0, respectively. A2, B2, C2, D2, and E1 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the CWR1, respectively. A3, B3, C3, D3, and E3 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the NWR0, respectively. A4, B4, C4, D4, and E4 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the NWR1, respectively.
[image: Figure 4]FIGURE 4 | A1, B1, C1, D1, and E1 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the CWR0, respectively. A2, B2, C2, D2, and E1 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the CWR1, respectively. A3, B3, C3, D3, and E3 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the NWR0, respectively. A4, B4, C4, D4, and E4 means the relationships between N2O fluxes and soil temperature, soil water content, DOC contents, NH4+-N contents, and NO3−-N contents in the NWR1, respectively.
The structural equation model showed that both fields’ N2O fluxes are significantly different between the experiment sites (p < 0.05, Figure 5). Soil temperature directly positively affects N2O fluxes in the CW field (Figure 5 CW). In contrast, other factors, such as soil water content, DOC, NO3−-N, NH4+-N, and rice planting, had no direct effect on N2O fluxes. Rice planting directly affects (p < 0.05, Figure 5 NW) on N2O fluxes at the NW fields. Simultaneously, the soil water content and rice planting directly affected N2O fluxes in the NW fields. Other factors, such as DOC content, NO3−-N content, and NH4+-N, have no direct effects on N2O fluxes in both sites. The DOC concentrations, NO3−-N, and NH4+-N of both type fields were significantly different in both sites (p < 0.005, in Fig. 6CW and Figure 5 NW).
[image: Figure 5]FIGURE 5 | Structural equation model. SEMs assessed direct and indirect associations between soil temperature (ST), soil water content (SWC), ammonium nitrogen (NH4+-N), nitrate-nitrogen (NO3−-N), and dissolved organic carbon (DOC) and N2O fluxes. Numbers adjacent to the arrows are standardized path coefficients, analogous to relative regression weights, and indicate the relationship’s effect size. Double-headed arrows indicate covariance between variables; single-headed arrows indicate a one way directed relationship. Solid lines indicate positive associations. Dashed lines indicate a negative association. The width of the arrow is proportional Line width is proportional to the strength of path coefficients. The proportion of variance explained (conditional R2) appears below every response variable in the model.
For NW paddy fields, rice planting has a significant direct positive effect on NO3−-N (p < 0.005, Figure 5 NW) and on NH4+-N (p < 0.005, Figure 5 NW), and a negative effect on DOC (p < 0.005, Figure 5 NW). Simultaneously, soil temperature has a significant direct negative effect on DOC (p < 0.005, Figure 5 NW) and a positive effect on NH4+-N (p < 0.005, Figure 6 NW). For CW paddy fields, rice planting and soil water content have a significant direct negative effect on NO3−-N (p < 0.005, Figure 5 CW), and soil temperature have a significant direct positive effect on NO3−-N (p < 0.05, Figure 5 CW), NH4+-N (p < 0.01, Figure 5 CW), and a significant direct negative effect on DOC (p < 0.005, Figure 5 CW). NO3−-N directly affects NH4+-N (p < 0.01, Figure 5 NW and Figure 5 CW) at both type fields.
DISCUSSION
Our results demonstrated that the N2O emissions from the CW fields are significantly lower than that of the NW fields, regardless of rice planting (p < 0.05, Table 2). In this study, the soil temperature of the CW fields is significantly lower than that of the NW rice fields during the high air temperature (Figure 6 A3 and B3). However, there is no significant difference on an annual scale. The relationship between soil temperature and N2O emissions is not uniform (Zhou et al., 2018; Wang et al., 2019); this difference is mainly affected by soil moisture (Wu et al., 2013). N2O emissions from soil are affected by the interaction of multiple environmental factors under natural conditions, and the relationship between temperature and water content determines whether to promote N2O emissions. This may be why the relationship between a single factor and N2O is not consistent in our study.
[image: Figure 6]FIGURE 6 | Annual variation trend of soil temperature and temperature difference during high temperature period. Note: Buried three temperature recorders in each field. (A) and (B) are the annual variation trend of 5 cm soil temperature during the monitoring period in YX site and DY site, respectively.
The N2O annual cumulative emissions from the NW fields are consistent with the results of Lan et al. (2020) but smaller than those reported by Huang et al. (2019), and the CW fields’ N2O annual emissions are lower than previous studies (Huang et al., 2019; Lan et al., 2020). The possible reason is that the soil water content in Huang’s research is lower than that of the NW fields and the CW fields in this study. In this study, the soil water content of the CW fields is significantly higher than that of NW fields on the annual scale (Figure 1). Soil moisture determines the soil’s redox state (Mei et al., 2011; Blagodatskaya et al., 2014). Previous research had shown that it might reduce 30–80% of N2O in the deep soil layer (anaerobic layer) to N2 before being released into the atmosphere (Clough et al., 2005). The N2 emissions from soil denitrification are considered to be a major gaseous N loss pathway, particularly in flooded paddy fields, where the strictly anaerobic environment promotes the complete reduction of nitrate or nitrite to N2 through the intermediates of N2O and NO (Davidson and Verchot, 2000; Butterbach-Bahl et al., 2013). In our study, the CW rice field has been saturated for a long time and under a strictly anaerobic state (Xu et al., 2020). The strong reduction state may lead to the complete reduction of N2O to N2 (Parton et al., 1996; Zhu et al., 2014). Simultaneously, the rice biomass accumulation is lower in the CW field than in the NW fields, and lower biomass accumulation means less N2O emissions (Xu et al., 2020). The above two points may lead to significantly lower N2O emissions from CW fields.
Rice planting may provide channels for N2O emissions, contributing more than 70% of soil N2O emissions during flooding but less than 20% after drainage (Yu et al., 1997; Yan et al., 2000). In this study, rice planting promoted the N2O accumulative emissions in the NW field at the DY site. However, the N2O emissions from NWR1 were significantly lower than that of NWR0 at the YX site, which may be related to more weeds in the treatment, and weeds (especially Monochoria vaginalis) could lead to a large amount of N2O production and emission. At the same time, it may also be the N2O emissions from NWR0 at the YX site were significantly higher than that of the DY site, which has no weeds. N2O emissions from NWR1 treatments at the DY site were significantly higher than that of the YX site, and this may be related to the lower rice biomass (15,957 kg hm−2 at the DY site and 15,021 kg hm−2 at the YX site) Xu et al. (2020) and the higher soil pH (Table 1), due to the N2O emissions from low-pH soils are significantly higher than those with high-pH soils (Wang et al., 2017).
N2O emissions from paddy fields are affected by various environmental factors (Schaufler et al., 2010; Hu et al., 2015a). Pärn et al. (2018) reported that soil NO3−-N and soil volumetric water content together determine the geographic differentiation of global organic soil N2O emissions (n = 58, R2 = 0.72, p < 0.001), and the relationship between soil temperature and N2O emissions is affected by region (Pärn et al., 2018). In the present study, the structural equation model showed that the N2O emissions of the same type of rice fields are significantly different between the different sites. At the same time, environmental factors have no significant direct effects on N2O emissions. However, there are significant direct or indirect effects between soil environmental factors in each type of paddy field, confirming the cover-up effect of regional differences on environmental factors (Pärn et al., 2018).
CONCLUSION
The CW fields’ annual N2O cumulative emissions were significantly lower than that of the NW fields under the same climatic conditions and planting systems. N2O emissions from the CW fields are mainly in the flooding period after transplanting, while the NW fields are primarily in the drainage period after flooding. N2O emissions from the CW fields are mainly affected by soil temperature; however, they are mainly affected by rice planting and soil moisture from the NW fields. The CW fields have very low N2O emissions and may have gaseous nitrogen emissions by denitrification. We suggest that follow-up research should study and evaluate the gaseous nitrogen emissions, and this has certain enlightenment for the governance of environmental nitrogen pollution.
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Sulfur-based denitrification may be a key biogeochemical nitrate (NO3−) removal process in sulfide-rich regions, but it is still poorly understood in natural terrestrial ecosystems. We examined sulfur-driven NO3− reduction using streambank soils in a headwater catchment underlain by marine sedimentary rock in Akita, Japan. In a catchment exhibiting higher sulfide content in streambed sediment, we sampled two adjacent streambank soils of streambank I (two layers) and of streambank II (eight layers). Anaerobic long-term incubation experiments (40 days, using soils of streambank I) and short-term incubation experiments (5 days, using soils of streambank II) were conducted to evaluate variations of N solutes (NO3−, NO2−, and NH4+), N gases (NO, N2O), and the bacterial flora. In both experiments, two treatment solutions containing NO3− (N treatment), and NO3− and S2O32− (N + S treatment) were prepared. In the N + S treatment of the long-term experiment, NO3− concentrations gradually decreased by 98%, with increases in the SO42−, NO2−, NO, and N2O concentrations and with not increase in the NH4+, indicating denitrification had occurred with a high probability. Temporal accumulation of NO2− was observed in the N + S treatment. The stoichiometric ratio of SO42− production and NO3− depletion rates indicated that denitrification using reduced sulfur occurred even without additional S, indicating inherent S also served as an electron donor for denitrification. In the short-term incubation experiment, S addition was significantly decreased NO3− concentrations and increased NO2−, NO, and N2O concentrations, especially in some subsoils with higher sulfide contents. Many denitrifying sulfur-oxidizing bacteria (Thiobacillus denitrificans and Sulfuricella denitrificans) were detected in both streambank I and II, which dominated up to 5% of the entire microbial population, suggesting that these bacteria are widespread in sulfide-rich soil layers in the catchment. We concluded that the catchment with abundant sulfides in the subsoil possessed the potential for sulfur-driven NO3− reduction, which could widely influence N cycling in and NO3− export from the headwater catchment.
Keywords: sulfur-oxidizing bacteria, ecosystem denitrification, nitrogen cycle, biogeochemistry, sulfur-based denitrification
INTRODUCTION
Human activities have dramatically increased the amount of reactive nitrogen (N) in global ecosystems and have increased food production; however, input of reactive N beyond appropriate uses can lead to eutrophication of surface water, causing degradation of aquatic ecosystems and problems such as toxic algal blooms, loss of dissolved oxygen, depletion of fish populations, and biodiversity loss (Vitousek, 1997; Galloway and Cowling, 2002). In forest ecosystems, losses of N mainly as nitrate (NO3−) via streams can be caused by increased levels of reactive N such as N deposition in the forest (Lovett and Goodale, 2011). Denitrification is a NO3− removal process and is generally performed by particular groups of ubiquitous heterotrophic bacteria that have the ability to use NO3− as an electron acceptor and organic carbon (C) as an electron donor during anaerobic respiration. Denitrification transforms NO3− to the final form (N2 gas) via four main steps: NO3− → NO2− → NO → N2O → N2 (Tiedje, 1994). Because denitrification ultimate removes reactive N as N2 gas from the ecosystem as one of soil functions of transforming nutrients (Adhikari and Hartemink, 2016; Lilburne et al., 2020), it is a highly valued ecosystem service in N-enriched catchments (Craig et al., 2010).
Some bacteria can use inorganic sources, such as reduced sulfur compounds and Fe2+, as the electron donor to grow chemoautotrophically (Korom, 1992; Straub et al., 1996). The oxidation of such inorganic species coupled with N oxide reduction is termed autotrophic denitrification. Autotrophic denitrification can proceed through the ability of some bacteria to couple the reduction of NO3− to the oxidation of reduced sulfur (Burgin and Hamilton, 2007). The most used electron donors of reduced sulfur compounds include elemental sulfur, sulfide and thiosulfate (De Capua et al., 2019). Some previous studies have detected NO3− removal coupled with sulfide oxidation in groundwater systems (Postma et al., 1991; Schwientek et al., 2008; Jørgensen et al., 2009; Craig et al., 2010; Vaclavkova et al., 2014), riverbed sediments (Hayakawa et al., 2013; Martínez-Santos et al., 2018; Yin et al., 2019), and sediment incubated with added sulfur (Brunet and Garcia-Gil, 1996; Garcia-Gil and Golterman, 1993; Jørgensen et al., 2009; Torrentó et al., 2010, 2011). NO3− reduction coupled with sulfide oxidation may be widespread and biogeochemically important in freshwater sediments (Burgin and Hamilton, 2008); however, the process has been reported less in freshwater than in marine and brackish marshes and tidal ecosystems (Hu et al., 2020) and the relative importance of the electron donor in the removal process remains uncertain at catchment scales.
Typical signs of sulfur-based denitrification using sulfide as an electron donor are decreasing NO3− accompanied by increasing SO42− and NO2− (Postma et al., 1991; Jørgensen et al., 2009; Torrentó et al., 2010; Chung et al., 2014) and the microbial stoichiometric reaction ratios of SO42− production and NO3− depletion rates (ΔSO42−/ΔNO3−) for sulfur-based denitrification (Hayakawa et al., 2013; Vaclavkova et al., 2014). Some bioreactor studies have reported that NO2− accumulation was observed during sulfur-based denitrification (Moon et al., 2004; Chung et al., 2014; Chen et al., 2018). Furthermore, a recent study has reported that accumulation of NO2− can also lead to build-up of NO and N2O during the sulfur-based denitrification process (Lan et al., 2019). Microbial community analysis can provide useful information about the key players and complementary evidence of sulfur-based denitrification (Torrentó et al., 2011; Hayakawa et al., 2013; Dolejs et al., 2015; Wang et al., 2021). Therefore, to obtain evidence of sulfur-based denitrification in natural soils and sediments in freshwater ecosystems, it may be important to detect the various signs (NO3− reduction accompanied by SO42− production, stoichiometric reactions inferred from the ΔSO42−/ΔNO3− ratio, accumulation of NO2− and gaseous forms of N, and elements of the microbial community) of sulfur-based denitrification.
The sulfur cycle is especially important in catchments that supply high concentrations of SO42− to stream water (Szynkiewicz et al., 2012) and may be closely related to the N cycle through reactions such as sulfur-based denitrification in the catchments (Burgin and Hamilton, 2008). Reservoirs of sulfur in freshwater catchments are dominated by dissolved sulfate in water and sulfate and sulfide minerals in sediments and soils (Wynn et al., 2010; Iribar and Abalos, 2011; Hayakawa et al., 2020). In catchments suppling high levels of SO42− to streams, it is expected to have much inherent sulfide. On one hand, the supplied SO42− can be reduced to sulfide by the activity of dissimilatory sulfate-reducing bacteria in anoxic condition (Plugge et al., 2011), and the sulfide can be re-distributed to soils and sediments in the catchments. Reduction-oxidation reactions occur during burial because the sediments contain such reactive mixtures of oxidized and reduced components (Roberts, 2015). Some previous studies reported sulfide-driven autotrophic denitrification had occurred in sulfide-rich riverbed sediments in those catchments (Hayakawa et al., 2013; Martínez-Santos et al., 2018; Yin et al., 2019; Li et al., 2021).
Our study area, the Lake Hachiro watershed, is located along the coast of the Japan Sea, and its main surface geology consists of marine sedimentary rocks. The region was submerged beneath the sea during the Neogene Period (Shiraishi and Matoba, 1992), and sulfide minerals (easily oxidizable sulfur; EOS) in streambed sediments occur throughout the watershed, including in the forested area of the upper mountains, and may supply SO42− to the streams from oxidation of sulfides (Hayakawa et al., 2020). High sulfide levels in streambed sediments can be reasonably expected to influence the N cycle through sulfur-based denitrification. Our previous study conducted in 35 headwater catchments in the Lake Hachiro watershed showed that in-stream NO3− concentrations tended to decrease with increasing EOS content in the streambed, indicating the probable occurrence of sulfur-based denitrification in the sulfide-rich catchment (Hayakawa et al., 2020). The composition of streambed sediment is affected by variations in the surface soil and geology of the catchment and has been used to identify sites with distinctive water quality (Horowitz and Elrick, 2017); thus, sulfide-rich soils are expected to be present somewhere in a catchment with a sulfide-rich streambed. In fact, soil with a high EOS content was found in a streambank where the EOS content in the streambed was high (Hayakawa et al., 2020). To clarify this point, we need to obtain detailed evidence of sulfide distribution and potential sulfur-based denitrification in the natural soils in the Lake Hachiro watershed.
We hypothesized that the catchment with higher sulfide content in its streambed possesses sulfide-rich soil layers and a higher potential of sulfur-based denitrification in those layers within the catchment. We focused on streambank soils because these soils constitute an interface between land and stream, and thus can influence the qualities of the streambed sediment and stream. Our main study objectives were: 1) to evaluate the vertical distribution of sulfide in streambank soils; 2) to evaluate NO3− reduction with production of SO42−, NO2−, NO, and N2O in sulfide-rich soils and to detect signs of sulfur-based denitrification by anaerobic incubation with and without S addition; and 3) to identify the most important sulfur-oxidizing bacteria that cause denitrification.
MATERIALS AND METHODS
Site Description and Sediment Sampling
The Lake Hachiro watershed is located in western Akita Prefecture facing the Japan Sea (Figure 1). The entire watershed area is 894 km2. The geological strata of the watershed belong to the Green Tuff zone, consisting of volcanic rocks and sedimentary rocks of late Miocene age (Shiraishi, 1990). In the early part of the middle Miocene to the Pliocene (i.e., ca 13–2.5 Ma), the Akita region was drowned as a result of subsidence of the former land area (Shiraishi and Matoba, 1992). As a result, the sedimentary rocks in the watershed are mainly marine deposits and consist of thick mudstone layers (Shiraishi, 1990) with high levels of total sulfur (0.90%; Koma, 1992). Weather recordings for the region from the Gojome recording station (8 km away from the study catchment) for the period 1981-2010 (Japan Meteorological Agency, 2013) revealed that average precipitation was 1,553 mm year−1 and the annual mean temperature was 10.8°C. The lowest mean monthly temperature occured in January (−0.9°C), and the highest mean monthly temperature was in August (24°C). The average maximum snow depth during winter (December–February) is 48 cm. Japanese cedar (Cryptomeria japonica D. Don) plantations dominated the forested area, especially in the middle and northern parts of the watershed.
[image: Figure 1]FIGURE 1 | Map of the study site and the distribution of easily oxidizable sulfur (EOS) content in streambed sediments at each headwater catchment in the Lake Hachiro watershed (Hayakawa et al., 2020). St. 15 is the study catchment.
The study catchment was St. 15 in the Lake Hachiro watershed (1.61 km2, N39.9886, E140.1760), where the sulfide (EOS) content in streambed sediment is relatively high, as 0.254 g S kg−1 (Hayakawa et al., 2020; Figure 1). In a recent study, the stream-water chemistry in the catchment exhibited the highest SO42− (18.3 mg S L−1) but relatively lower NO3− (0.149 mg N L−1) concentrations among the 35 headwater catchments in the Lake Hachiro watershed (Hayakawa et al., 2020). Bulk N deposition to the catchment was 7.5 kg N ha−1 year−1 (Hayakawa et al., 2020), higher than the threshold value of 5 kg N ha−1 yr−1 that caused N leaching to streams in China (Fang et al., 2011).
Soil sampling was conducted at two streambanks, I and II, in St. 15 in April and May 2016, respectively (Figure 2). Streambank I is the right streambank, and was previously studied by Hayakawa et al. (2020). Streambank II is the left bank approximately 50 m downstream from streambank I, and was newly exposed as the result of a recent flood (Figure 2). These streambanks might had been formed by flooding (not tidal in present) or mountain-side slope collapse, and the sediments accumulated in the streambanks may contain old and newly re-deposited reduced sulfur. Samples were collected by trowel at depths of 1.3–1.7 m (I1) and 1.7–2.0 m (I2) at streambank I for the evaluation of sulfur-based denitrification between the expected sulfide rich layer (I2) and the expected non-sulfide layer (I1). At streambank II, eight samples were collected at depths of 0–0.1 m (II1), 0.1–0.3 m (II2), 0.3–0.4 m (II3), 0.7–0.9 m (II4), 1.3–1.5 m (II5), 1.8–2.0 m (II6), 2.2–2.4 m (II7), and 2.4–2.6 m (II8). In roughly, soil textures were fine sands and silts in I2, II1, II2, II4, and II8, and were coarse sands with gravel in other layers. The bluish gray color of the soils in II2, II4, and II8 (Figure 2) indicated these sediments were formed reducing conditions. To avoid contact with atmospheric oxygen, the sediments were taken by ca 15 cm depth from the streambank-wall surface and were sealed in sample bags for chemical analysis and incubation experiments and in 15 ml centrifuge tubes for bacterial analysis immediately after sampling and stored in a cooler box with ice packs. Samples for the incubation and for measurement of the bacterial community were stored at 4°C and −80°C until analysis, respectively.
[image: Figure 2]FIGURE 2 | Streambanks I and II at St. 15, and the depths of the soils sampled for the incubation experiments.
Incubation Procedure
The incubation method was based on previous studies (Jørgensen et al., 2009; Hayakawa et al., 2013). Long-term incubation of soil from streambank I (I1 and I2) was conducted to evaluate changes in the NO3−, NO2−, NO, and N2O production/depletion patterns and the bacterial community. A 120 g quantity of fresh soil and 400 ml of solution were added to 550 ml glass bottles, which were then sealed with butyl rubber septa and an aluminum crimp. Two stainless-steel needles (Terumo, Tokyo, Japan, 23G × 32 mm; GL Sciences, Tokyo, Japan, 19G × 100 mm) were inserted into each septum and fitted with sterile three-way stopcocks for gas and solution sampling. Three treatment solutions were prepared: a deionized water control, CT; KNO3 (8 mg N L−1), N; and KNO3 + Na2S2O3 (20 mg S L−1), N + S. Thiosulfate (S2O32−) is considered to be a useful electron donor for sulfur-based denitrification (Chung et al., 2014; Qian et al., 2016). To achieve anoxic conditions, the solution and headspace in the bottles were purged with O2-free ultrapure N2 gas for 30 min. All bottles were prepared in triplicate and incubated at 25°C for 40 days in darkness. Because we intended to evaluate the potential of sulfur-based denitrification in the soils, the incubation was conducted in near the optimum growth temperature for sulfur denitrifying bacteria (e.g., Thiobachillus denitrificans, 28–32°C, Garrity et al., 2005).
Short-term incubation of soils from streambank II (II1–II8) was conducted to evaluate the vertical patterns of NO3−, NO2−, NO, and N2O production/depletion and the bacterial community. The incubation procedure was almost same as that of the long-term incubation, but in a smaller bottle. A 15 g amount of fresh soil and 50 ml of solution were added to 150 ml glass bottles. Two treatment solutions were prepared: KNO3 (5 mg N L−1), N; and KNO3 + Na2S2O3 (10 mg S L−1), N + S. All bottles were prepared in triplicate and incubated at 25°C for 5 days in darkness under anoxic conditions.
Water and Gas Sampling and Analysis
Water and gases in the incubation bottle were sampled eight times during the long-term incubation, at 1, 3, 6, 9, 14, 26, 30, and 40 days after the start of incubation, and twice during the short-term incubation, at 2 days (gas sample only) and 5 days after the start of incubation. In each sampling, 10- and 25 ml headspace gases in the bottle were sampled for the measurement of NO and N2O, respectively. The NO concentration was measured immediately after the sampling by using a NOx analyzer (MODEL42-i, Thermo Fisher Scientific, Yokohama, Japan). This analysis on the principle that NO and ozone (O3) react to produce a characteristic luminescence with an intensity linearly proportional to the NO concentration. For N2O analysis, the headspace gas was transferred from the syringe into a 15 ml evacuated glass vial and the N2O concentration was determined using a gas chromatograph (GC14-B, Shimadzu, Kyoto, Japan) equipped with an electron-capture detector. For water analysis, a 20 ml solution sample was extracted from the bottle with a 20 ml syringe. Immediately after the sampling, pH and electrical conductivity (EC) were measured in 5 ml of the sampled solution with a portable pH meter (B-212, HORIBA, Kyoto, Japan) and an EC meter (B-173, HORIBA, Kyoto, Japan). The remaining 15 ml of sampled solution was filtered through a 0.45 μm cellulose acetate membrane filter (DISMIC-13CP045AS, ADVANTEC, Tokyo, Japan). We measured the NO2−, NO3−, SO42−, and S2O32− concentrations in the solution using an ion chromatograph (DIONEX ICS-2100, Thermo Fisher Scientific, Yokohama, Japan). The detection limit for the analysis of S2O32− concentration is 0.003 mg S L−1. We determined the NH4+ concentration by colorimetry using the indophenol blue method with a continuous flow autoanalyzer (QuAAtro2-HR, BLTEC, Osaka, Japan). After every gas and water sampling, the same volume as the sampled gas and water of O2-free ultrapure N2 gas was added to the bottle by using a syringe with a needle.
Soil Analysis
We determined the total C and total S contents in the sediments using the combustion method for C (SUMIGRAPH NC-22F, SCAS, Japan) and for S (LECO S632, Tokyo, Japan). Sediment pH (H2O) and pH (H2O2) were determined by using soil/solution ratios of 1:2.5 (w/v) and 1:10 (w/v) (Murano et al., 2000), respectively. If the reduced sulfur are present in soils, they are often capable of rapid oxidation by H2O2, causing lowered pH (H2O2) values. The easily oxidizable S (EOS) content in the soils was calculated as the difference between the H2O2-soluble S content (H2O2-S) and the water-soluble S content (H2O-S) (Murano et al., 2000). EOS represents reduced sulfur such as pyrite in sediments (Murano et al., 2000).
Analysis of Bacterial Communities in the Soil
To describe the bacterial communities in the streambank soils, 16S rRNA genes were analyzed by means of PCR pyrosequencing. Total DNA was extracted from 0.5 g soil using a FastDNA SPIN Kit for Soil (MP Biomedicals, Carlsbad, CA, United States) according to the manufacturer’s instructions. DNA libraries were constructed based on two-step tailed PCR for 16S rRNA V4 region using primers (515f, 5′- GTGCCAGCMGCCGCGGTAA-3'; 806r, 5′- GGACTACHVGGGTWTCTAAT-3′) with an Illumina nextera barcode (Caporaso et al., 2011, https://jp.support.illumina.com/downloads/16s_metagenomic_sequencing_library_preparation.html). The mixture for the amplification of the first step consisted of 1 × KAPA HiFi HotStart Ready Mix (Roche, Basel, Switzerland), 0.25 μM of each primer, and 10 ng template DNA in a final volume of 25 μl. The amplification conditions were as follows: 94°C for 3 min; 25 cycles at 94°C for 60 s, 50°C for 60 s, and 72°C for 105 s; and a final extension at 72°C for 10 min. After purification on Agencourt AMPure XP (Beckman Coulter, Pasadena, CA, United States), second-step PCR was performed. The mixture for the amplification of the second step consisted of 1 × KAPA HiFi HotStart Ready Mix, 0.25 μM of each primer, and 5 μl first-step PCR product in a final volume of 50 μl. After purification on Agencourt AMPure XP, the concentrations were measured using a Qubit dsDNA BR Assay Kit (Thermo Fisher Scientific, Waltham, MA, United States). All PCR products were normalized to the same molecule concentration and mixed in equal volumes. The constructed libraries were subjected to 250-bp paired-end sequencing on an Illumina MiSeq with Miseq Reagent Kit v2 nano (500 Cycles).
Raw sequencing reads, which were divided into forward and reverse, were assembled using the Initial Process in the Ribosomal Database Project (RDP) Pyrosequencing Pipeline (http://pyro.cme.msu.edu/). Reads of 150 bp or fewer and those containing a sequence with a quality value of 20 or less were removed. Chimeric sequences were removed using Fungene chimera check Pipeline (http://fungene.cme.msu.edu/). Chimera-filtered sequences were classified phylogenetically using the RDP Classifier with a cut-off value of 0.8 (Supplementary Figures S1, S2). Sequences classified as belonging to sulfur-oxidizing bacteria were compared to sequences registered in the database of the DNA Databank of Japan by using the BLAST system (http://blast.ddbj.nig.ac.jp/blast/blastn?lang=en) to determine the most similar sequence type. In the sequences obtained in this study, sequences which exhibited more than 97% similarity to 16S rDNA sequences classified as SOB was, considered. The nucleotide sequence data were deposited in the DDBJ Read Archive (http://trace.ddbj.nig.ac.jp/dra/index_e.html) under accession number DRA011495.
Data Analysis
For the evaluation of NO3− depletion and SO42− production rates during incubation, the accumulated number of moles n (NO3− and SO42−) of element i removed from or released to the solution over time up to sampling occasion k was calculated from the measured concentration (Cmeas) following the method of Jørgensen et al. (2009) and Vaclavkova et al. (2014):
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where [image: image] is the total volume of solution in the bottle after removal of the kth sample and [image: image]is the volume of sample removed on sampling occasion k. Elemental transformation rates were calculated using linear regression against time as the independent variable and concentration as the dependent variable. Average ±standard deviation (n = 3) reaction rates (mmol per bottle) of NO3− depletion and SO42− production were expressed as ΔNO3− and ΔSO42−, respectively, and ΔSO42−/ΔNO3− was calculated.
The chimera-filtered sequences were divided into operational taxonomic units (OTUs) for sequences with over 97% similarity to one another by uclust method and furthest clustering algorithm using the Qiime 1.9.0 (http://qiime.org/index.html). Diversity indices, such as Chao1 and the abundance-based coverage estimate (ACE), were also calculated using Qiime (Chao and Bunge 2002) (Supplementary Table S1). Differences in microbial community structure among in the samples were calculated from OTUs by unweighted UniFrac using Qiime, and principal coordinate analysis was performed (Supplementary Figure S3).
One-way ANOVA was used followed by Bonferroni’s test was used for multiple comparisons of variables among soils I1 and I2 in the long-term incubation. The Wilcoxon rank-sum test (U test) was used for comparisons between two treatments (N, N + S treatments). The Kruskal–Wallis test followed by the Steel–Dwass test were used for multiple comparisons of variables among soil layers II1 to II8, and bacterial communities among treatments in I2 during the long-term incubation. These statistical analyses were performed using R (R Development Core Team 2018; version 3.4.3).
RESULTS
Physio-Chemical Properties of Streambank Soils
The characteristics of the soils in the two streambanks are listed in Table 1. The pH (H2O) was lowest in samples I2 (6.35) and II8 (5.54). The pH (H2O2) range was 3.04–7.08, with low values in I2, II1, II2, II4, and II8. EC was 2.9–726 mS m−1, with high values in I2, II1, II4, and II8. Total carbon content was the highest (48 g kg−1) in sample II1 of the surface soil. In contrast, high total sulfur contents were observed in subsoil samples I2, II4, and II8, and EOS levels were also high in those soil layers.
TABLE 1 | Soil chemical properties at streambanks I and II. EC, electric conductivity; T-C, total carbon; T-S, total sulfur; EOS, easily oxidizable sulfur.
[image: Table 1]Long-Term Incubation Experiment
Temporal variations of the concentrations of aquatic and gaseous N species, S2O32−, and SO42− in different soil layers (I1 and I2) and treatments (N and N + S) during the long-term incubation experiment are shown in Figure 3. NO3− concentrations decreased more with time in I2 than in I1, and in the N + S treatment than in the N treatment for each layer. On day 14 day in I2, the NO3− concentration was markedly different between the N and N + S treatments, with values of 6.59 ± 1.7 and 1.94 ± 3.0 mg N L−1, respectively; the final values (on day 40) were 1.13 ± 0.73 and 0.22 ± 0.20 mg N L−1, respectively. In I2, the decrease in the NO3− concentration was followed by increases in the NO2−, NO, and N2O concentrations. NO2− accumulation was particularly observed in the first 14 days, with levels increasing to 0.76 mg N L−1 in the N treatment and 3.46 mg N L−1 in the N + S treatment. In contrast, in I1, the NO3− concentration did not fall markedly, but decreased more in the N + S treatment than in the N treatment. NH4+ was detected, but at relatively low levels (0.0–0.04 mg N L−1), and exhibited no clear differences among soils and treatments.
[image: Figure 3]FIGURE 3 | Temporal variations of pH and the concentrations of aquatic and gaseous nitrogen species, S2O32−, and SO42− with different soils (I1 and I2) and treatments (N and N + S) in the long-term incubation experiment. N, KNO3 solution; N + S, KNO3 and Na2S2O3 solution. Error bars indicate standard deviation (n = 3).
The NO concentration increased in I2 with N + S treatment to a maximum value of 5.96 ppmv on day 14, but was almost undetectable in I1 with N treatment. N2O was detected in both soils and treatments; the maximum values of 337 ppmv (N treatment) and 743 ppmv (N + S treatment) were observed in I2 on day 26. In I1 with N + S treatment, the maximum N2O concentration was approximately 1/43 (17 ppmv) of that in I2 with N + S treatment. The N2O concentration decreased rapidly after day 26, when NO2− and NO had almost disappeared. The S2O32− concentration decreased rapidly in the first 10 days and was oxidized to SO42− in both soils with N + S treatment. S2O32− was detected at 0.83 ± 0.02 mg S L−1 on day 1 in I2 without S addition (N treatment) but was not detected in I1 with N treatment throughout the incubation period.
The N + S treatment exhibited large fluctuations in water qualities and gas concentrations in sample I2 (Figure 4). By day 10, the NO3− concentration had fallen sharply, the NO2− concentration had increased, and the S2O32− concentration had decreased. During this interval, the pH fell from 7.1 to 6.5. After the NO2− peak on day 10, the maximum NO concentration was detected on day 14, at the same time as the pH increased to 7.2, followed by the N2O peak concentration on day 26.
[image: Figure 4]FIGURE 4 | Temporal variations of aquatic and gaseous nitrogen species and S2O32− and SO42− concentrations in I2 with N + S treatment in the long-term incubation experiment. N, KNO3 solution; N + S, KNO3, and Na2S2O3 solution. Error bars indicate standard deviation (n = 3).
Using moles data in Supplementary Figure S4, the results of ΔNO3− and ΔSO42−, and ΔSO42−/ΔNO3− during different incubation periods are shown in Table 2. Since NO3− and SO42− were linearly changed especially during days 1–14 (Supplementary Figure S4), we estimated ΔNO3− and ΔSO42− values for days 1–14 and all the incubation period (1–40). In both the periods, ΔNO3− in I2 with N + S treatment was significantly larger than other treatments, and ΔSO42− was significantly larger in the added S treatments (Table 2). On one hand, ΔSO42−/ΔNO3− did not differ between soils and treatments during days 1–14 and was significantly larger in I1 with N + S treatment during days 1–40 (Table 2). The relationships between ΔNO3− and ΔSO42− of I1 and I2 with both treatments during different incubation periods showed that the results for I2 with N and N + S treatments plotted between the denitrification lines of S2O32− and FeS during days 1–14 with large variations (Figure 5A). During days 1–40, only I2 with N + S treatment plotted between these lines with small variations (Figure 5B). In the case of I1, relatively larger ΔSO42− than ΔNO3− resulted in higher ΔSO42−/ΔNO3− in the N + S treatment. In the N treatment of I1, both ΔNO3− and ΔSO42− were small; therefore, these results plotted near zero.
TABLE 2 | Nitrate consumption (ΔNO3−) and sulfate production (ΔSO42−), and ΔSO42−/ΔNO3− of the different estimation periods during long-term incubation.
[image: Table 2][image: Figure 5]FIGURE 5 | Relationships between nitrate consumption (ΔNO3−) and sulfate production (ΔSO42−) during long-term incubation. The estimation period for the consumption or the production values from days 1–14 (A) and from days 1–40 (B). Lines in the figure indicate stoichiometric S/N of sulfur-based denitrification using different electron donors of S. S2O32−, Matsui and Yamamoto (1986); S0, Batchelor and Lawrence (1978); FeS2, Tong et al. (2017); FeS, Schippers and Jørgensen (2002).
Short-Term Incubation Experiment
The NO3−, NO2−, NO, and N2O levels and the pH were compared among different treatments and soil layers in the short-term incubation experiment using soils II1–8 (Figures 6, 7, Table 3). Addition of S significantly decreased the NO3− concentration (p < 0.01) and pH (p < 0.01), and increased the NO2− (p < 0.01), NO (p < 0.05), and N2O (p < 0.05) concentrations (Figure 6). These N species also changed markedly in the different soil layers (Figure 7, p < 0.01). NO3− concentrations in II4 and II8 tended to be lower, especially with added S (Table 3; Figure 7). The NO2− concentration rose with S addition in II4 (to 2.1 mg N L−1) and II8 (to 0.57 mg N L−1) (Table 3). SO42− concentrations were higher in II4 (2.2 mg S L−1) and II8 (10 mg S L−1) without S addition (N treatment). S2O32− was below the detection limit in any treatments or layers (data not shown). NO and N2O concentrations after day 5 tended to be higher in II2, II4, and II8, especially with added S (Figure 7; Table 3). NO concentrations in II2, II4, and II8 with S addition increased to 12, 19, and 29 ppmv, respectively (Table 3); N2O concentrations in II2, II4, and II8 with S addition increased to 84, 58, and 260 ppmv, respectively (Table 3). In II1, the NO3− concentration decreased to almost 0 mg N L−1 in both treatments, and NO2−, NO, and N2O were also almost undetectable after day 5, but NO and N2O clearly increased after day 2 (Table 3). In II3, II5, II6, and II7, the decrease in NO3− and the increases in NO2−, NO, and N2O were relatively small.
[image: Figure 6]FIGURE 6 | Comparisons of NO3−, NO2−, NO, and N2O concentrations and pH between treatments in the short-term incubation experiment using soils of streambank II. Thick line indicates median value, rectangle 25–75% of values. N, KNO3 solution; N + S, KNO3, and Na2S2O3 solution.
[image: Figure 7]FIGURE 7 | Comparisons of NO3−, NO2−, NO, and N2O concentrations between depths in the short-term incubation experiment using soils of streambank II. Thick line indicates median value, rectangle 25–75% of values. Different letters indicate significant differences detected using Kruskal–Wallis test followed by Steel–Dwass test (p < 0.05).
TABLE 3 | Summary data of the short-term incubation experiment using soils from streambank II. Values in parentheses indicate standard deviation (n = 3).
[image: Table 3]Bacterial Communities in the Soil
The following were considered to be sulfur-oxidizing bacteria (SOB) in this study [name (Genbank accession number)]; Bacterium ML2-86 (DQ145977.1), Bacterium PE03-7G2 (AB127721.1), Halothiobacillus sp. SS13102 (KM979607.1), Rhodocyclaceae bacterium FTL11 (DQ451827.1), Sulfuricella denitrificans skB26 (AP013066.1), Sulfuricurvum kujiense DSM 16994 (CP002355.1), Sulfuricurvum kujiense YK-3 (AB080644.1), Sulfuritalea hydrogenivorans sk43H (AP012547.1), Sulfur-oxidizing bacterium OAII2 (AF170423.1), Thiobacillus aquaesulis (U58019.1), Thiobacillus denitrificans strain AGR/IICT/15B (LN614387.1), Thiobacillus thioparus strain NZ (KC542801.1), Thiomonas arsenivorans strain b6 (AY950676.1), Thiomonas sp. Ynys3 (AF387303.1). The relative abundances of SOB in I2 during the long-term incubation experiment are plotted in Figure 8. The significant differences (p < 0.05) among treatments were detected in S. denitrificans strain skB26 and S. kujiense, although no significant differences were detected any pairs of the data groups. The main SOB in the soil was S. denitrificans strain skB26, which accounted for 55% of SOB and 0.04% of all sequences in the original soil before incubation (Figure 8, Ori). In the N + S treatment, S. denitrificans and S. kujiense strain YK-3increased on day 10 (N + S_10), and the combined abundance of both sequences increased to 3.3% of all bacteria. On day 30, the abundance of SOB relative to bacteria in the N + S treatment decreased, but rose to 0.6% in the N treatment. The vertical profiles of SOB relative abundance in the soils of streambank II are plotted in Figure 9. The relative abundance of SOB ranged from 0.0% in II1 to 4.8% in II8. S. denitrificans was detected in II4, II7, and II8. Similarly, T. denitrificans strain AGR/IICT/15B was detected only in II8. Of the SOBs detected in the streambank II soil layers, S. denitrificans (II4, II7, and II8), T. denitrificans (II8), and S. hydrogenivorans (II8) all occurred in the I2 soil (Figures 8, 9).
[image: Figure 8]FIGURE 8 | Comparison of relative abundances of sulfur-oxidizing bacteria between treatments during the long-term incubation experiment in the I2 soil. Ori, original soil before incubation; CT, control; N, N treatment; N + S, N + S treatment. 0, 10, and 30 indicate the number of days after the start of incubation. The figure legend * indicates significant differences among treatments detected using Kruskal–Wallis test (p < 0.05), but no significant differences were detected any pairs of the data groups by Steel-Dwass test.
[image: Figure 9]FIGURE 9 | Relative abundances of sulfur-oxidizing bacteria at different depths in the streambank II soils.
DISCUSSION
NO3− Reduction by Sulfur-Based Denitrification
Both the incubation experiments showed an NO3− reduction followed by increases in the NO2−, NO, and N2O concentrations in some soils (Figures 3, 7; Table 3), indicating that denitrification had occurred. No accumulation of NH4+ indicated dissimilatory nitrate reduction to ammonium (DNRA) (Friedl et al., 2018) was not a major NO3− removal process. Especially in the long-term incubation experiment in I2, the successive peaks of NO2−, NO, and N2O concentrations (Figure 4) strongly support the occurrence of biological denitrification (Tiedje 1994; Di Capua et al., 2019). The magnitude of the decrease of NO3− concentration indicates that the denitrification potential was higher in the soils of I2, II1, II2, II4, and II8 (Figures 3, 7). As discussed below, sulfur-based denitrification would be expected to occur predominantly in soils I2, II4, and II8, whereas other N-reduction processes such as heterotrophic denitrification could mostly take place in soils II1 and II2, depending on the availability of electron donors and/or bacteria for denitrification.
Addition of thiosulfate significantly promoted reduction of NO3− and production of NO2−, NO, and N2O (Figures 3, 6), indicating that sulfur-based denitrification had occurred. In I2 with N and N + S treatments, ΔSO42−/ΔNO3− for days 1–14 of incubation was large variation (2.1 ± 1.8, Table 2) and crossed to the denitrification line using thiosulfate, S0, and FeS2 as electron donors (Figure 5) with a decrease in pH (Figure 4), implying the occurrence of denitrification accompanying sulfur oxidation. II4 and II8 also exhibited relatively higher reduction of NO3− with added S (Table 3). These results indicate that sulfur-oxidizing bacteria in the soils had metabolized the added thiosulfate and had promoted denitrification. In fact, S. denitrificans and T. denitrificans, which were relatively abundant in I2, II4, and II8, possess the ability to metabolize thiosulfate and can reduce NO3− (Kojima and Fukui, 2010; Shao et al., 2010). The increase in the relative proportions of S. denitrificans and S. kujiense on day 10 of I2 with N + S treatment (Figure 8) suggests that these bacteria were activated by the addition of thiosulfate. S. kujiense, which was detected in I2 and II3, also has the ability to reduce NO3− as the electron acceptor using thiosulfate (Kodama and Watanabe, 2004). Therefore, these bacteria are thought to be the key players in reduction of NO3− to NO2− by using thiosulfate.
The results of the long-term incubation also indicated that the phases controlling N reduction changed dramatically between the initial 14 day period and thereafter (Figures 4, 5 and Supplementary Figure S4). Sulfur-based denitrification may have been the predominant NO3− reduction process during the first 14 days in I2, and other N reduction processes such as heterotrophic denitrification may have occurred after day 14. The evidence supporting this conclusion is as follows: reduction of NO3− to NO2− accompanied by thiosulfate oxidation was clear during the first 14 days (Figure 4); the stoichiometric ratio of ΔSO42−/ΔNO3− was similar to the denitrification line using thiosulfate (Matsui and Yamamoto, 1986) during the first 14 days (Figure 5); and sulfur-oxidizing bacteria with NO3− reduction potential were detected and increased in relative abundance during this period (Figure 8). Chen et al. (2018) reported in a reactor study using solid S0 as the electron donor for denitrification that the affinity of S0 for NO3− was considerably higher than that for NO2−; they also discussed the conversion of NO3− to NO2−, and of NO2− to N2, being performed by different microorganisms.
NO2− Accumulation and NO and N2O Production
Temporal accumulation of NO2− was observed in this study (Figure 4; Table 3), as has also been demonstrated in previous bioreactor studies with added S (Moon et al., 2004; Chung et al., 2014; Liu et al., 2017; Chen et al., 2018). NO2− clearly accumulated during the first 10 days, particularly in I2 with S addition (Figure 4). Because the sum of NO2− and NO3− concentrations during this period was stable at approximately 8 mg N L−1, which was equivalent to the added N concentration, NO2− reduction does not appear to have occurred, resulting in NO2− accumulation. Possible reasons for this are that the reduction of NO2− by sulfur-oxidizing bacteria is slower than the reduction of NO3− (Chung et al., 2014), and the higher affinity of sulfides for NO3− reduction than NO2− reduction, as discussed above. The S/N ratio in the added solution might also have been important for NO2− accumulation. Yamamoto-Ikemoto et al. (2000) observed accumulation of NO2− at added S/N (w/w) values of less than 4.35. Chung et al. (2014) reported that NO2− accumulation occurred at lower S/N ratios, possibly as a result of sulfide limitation, and complete denitrification required S/N of 5.1 (w/w). Liu et al. (2017) also observed NO2− accumulation at S/N values of 3.0 (w/w). In contrast, Qiu et al. (2020) reported that, in short-term batch tests in a sulfur-based denitrification system, organic supplementation accelerated NO2− reduction, indicating that denitrifiers likely use organics preferentially over sulfur as the electron donors to reduce NO2−. In our study, relatively lower added S/N (w/w) in the long-term (2.5) and short-term (2.0) incubations and probable lower available organic C in the subsoil possibly caused the temporal NO2− accumulation. Other possible mechanisms for NO2− accumulation may have to do with the abilities of sulfur-oxidizing bacteria. S. kujiense (detected in I2 and II3) and T. thioparus (detected in I2 and II8; Figures 8, 9) can utilize thiosulfate as the electron donor and NO3− as the electron acceptor under anaerobic conditions, but can transfer NO3− to NO2− only (Kodama and Watanabe, 2004; Vaclavkova et al., 2015); thus, these bacteria, especially S. Kujiense detected significant change among treatments (Figure 8), may also contribute to NO2− accumulation. Another possible reason for the NO2− peak may be that nitrite-reducing organisms start growing after the consumption of NO3−. In general, bacterial growth starts after substrate consumption (Maier and Pepper, 2014). Therefore, long-term incubation studies with higher substrate addition to subsoil which is expected to be low in bacteria, slower bacterial growth-rate may not be negligible for NO2− accumulation.
Our results also demonstrated that S addition to the soil markedly increased the production and temporal accumulation of NO and N2O. Especially in I2, II4, and II8, increases in NO and N2O concentrations were observed in association with S addition (Figures 4, 6, Table 3). This pattern may possibly result from the low added S/N ratio to the soils, the same reason as for the accumulation of NO2−. Lan et al. (2019) reported that a low S/N (w/w) ratio of one caused NO accumulation because competition for electrons caused incomplete denitrification (Velho et al., 2017; Pan et al., 2013). Another study reported that a high NO2− concentration (30 mg N L−1) promoted NO accumulation (Castro-Barros et al., 2016). Our results also showed that N2O concentration was higher with S addition, indicating enhanced N2O production and accumulation (Figures 4, 6). Lan et al. (2019) also reported N2O accumulation in a batch reactor experiment and discussed how higher NO2− levels can inhibit N2O reductase activity and cause N2O accumulation. In fact, a rapid reduction in N2O was observed from day 26, when NO2− had almost disappeared (Figure 4). In contrast, Yang et al. (2016) revealed that N2O accumulation at an S/N mass ratio of 5.0 was only 4.7% of that at 3.0 S/N, and found that the N2O reduction rate was linearly proportional to the sulfide concentration at pH 7.0. Recent study reported that the electron distribution was significantly affected by sulfide loading rate, and the electron competition among nitrogen oxide reductases was intensified with the most electrons flowing towards NO3− reductase, and the least electrons towards N2O reductase under decreased sulfide loading rate, which is more directly responsible for intermediates accumulation such as NO2−, NO, N2O in sulfur-based denitrification process (Oberoi et al., 2021). Therefore, considering the use of lower S/N values in our study, it seems that sulfide was predominantly used for NO3− reduction, after which NO2− accumulated because of a sulfide limitation, and the limited sulfide and accumulated NO2− might also have caused NO and N2O accumulation (Figure 4). Future work should incorporate experiments matching the S/N values observed in natural soils.
Sulfur-Based Denitrification Using Inherent S in Subsoil in Marine Sedimentary Rock Regions
The inherent sulfide in the subsoils might be derived from the marine sedimentary rocks, which are highly enriched in total sulfur in the Akita region (Koma, 1992), and this enrichment is likely reflected in the high EOS content in streambed sediments (Figure 1, Hayakawa et al., 2020) and in the subsoils in this study. The optimum growth rate of S. kujiense occurs in low-intensity salty conditions (Kodama and Watanabe, 2004); this species was detected in I2. The EC in the subsoil of the study area was relatively high (Table 1), suggesting that the subsoil remains a relatively salty environment, reflecting the influence of marine sedimentary rocks and possibly providing suitable conditions for such bacteria.
The indigenous sulfides observed in this study would be useful electron donors for ecosystem-wide sulfur-based denitrification in the subsoil. EOS represents reduced sulfur such as pyrite (Murano et al., 2000), which has been reported to act as an electron donor for sulfur-based denitrification in streambed sediments (Hayakawa et al., 2013). Because subsoils I2, II4, and II8, in which signs of sulfur-based denitrification were detected, had a high EOS content (Table 1), EOS in those soils could have been the electron donor for denitrification by sulfur-oxidizing bacteria. In the N treatment of I2, thiosulfate was detected at low levels on day 1, the SO42− concentration increased even without S addition (Figure 3; Table 2), and ΔSO42−/ΔNO3− was similar to the denitrification line using thiosulfate until day 14 (Figure 5). These results indicate that the original EOS in the I2 soil had provided available S as an electron donor for denitrification. In addition, the SO42− concentrations in II4 and II8 without S addition (N treatment) were higher than those in other soil layers (Table 3), suggesting that the inherent sulfide had been oxidized to SO42− and might have contributed to denitrification. However, detection of thiosulfate appears to be difficult, probably because the oxidation rate of inherent sulfide to thiosulfate is slow and the thiosulfate produced is rapidly oxidized to SO42− (Figure 3). Therefore, thiosulfate was not detected during the short-term incubation. HS− and S0 other than thiosulfate can be also electron donors for sulfur-based denitrification (De Capua et al., 2019) and iron sulfides (FeS and FeS2) can produce HS−, S0 and thiosulfate in their dissolution processes (Hu et al., 2020). X-ray powder diffraction analysis showed the diffraction patterns for I2, II4, and II8 soils were likely equivalent to pyrite (FeS2) and pentlandite [(Fe, Ni)9S8] (Supplementary Figure S5). Therefore, these iron sulfides might be electron donors for denitrification and the large variations of the stoichiometric ratios in I2 during days 1–14 (Figure 5 and Table 2) might have included the results of the oxidation of such iron sulfides from the indigenous sulfides in the catchment. Bacteria detected in this study subsoil also possess the ability to metabolize S0 (S. denitrificans, T. denitrificans, and S. kujiense) and HS− (T. denitrificans), and can reduce NO3− (Kodama and Watanabe, 2004; Kojima and Fukui, 2010; Shao et al., 2010; De Capua et al., 2019; Cron et al., 2019).
In general, most NO3− is reduced by denitrifying heterotrophs rather than by chemoautotrophs such as sulfur-oxidizing bacteria because NO3− reduction by organic matter should thermodynamically precede reduction by sulfide (Postma et al., 1991). In the surface soil, heterotrophic denitrification was probably the dominant NO3− reduction process. In II1, little NO3−, NO2−, NO, and N2O were detected after 5 days of incubation, but higher NO and N2O concentrations were detected after 2 days (Table 3), indicating that denitrification had occurred rapidly. Because sulfur-oxidizing bacteria were not detected in II1 (Figure 9), NO3− was likely reduced by heterotrophs using relatively abundant organic carbon as the electron donor in the surface soil (Table 1). Therefore, when the conditions are suitable, denitrification will proceed more rapidly in surface soil than in the underlying soil. Carbon was also present in the subsoils (Table 1), but may be too old to be available for bacteria. Baker et al. (2012) suggested that pyrite was the main electron donor in subsoil because no significant decrease in organic C content was observed, likely because hardly decomposable organic C could not be exploited by heterotrophic microbes in the old sediments of the Jurassic Lincolnshire limestone. In contrast, Vaclavkova et al. (2014) found that sulfur-based denitrification co-occurred and accounted for approximately 30% of the net NO3− reduction, despite the presence of organic carbon, in a variety of Danish sediments. Cron et al. (2019) suggested that sulfur-oxidizing bacteria (Sulfuricurvum kujiense, also detected in this study) could use soluble organics to stabilize stores of bioavailable S0 outside the cells. Recent bioreactor study reported key functional heterotrophic and autotrophic denitrifiers jointly contributed to high nitrogen removal efficiency by symbiotic relationships (Han et al., 2020). Although we did not measure organic C dynamics in this study, these symbiotic relationships may also occur in natural subsoil with lower available organic C in the study area.
The same denitrifying sulfur-oxidizing bacteria (S. denitrificans) were detected in the higher EOS subsoil layers I2, II4, II7, and II8 despite the different streambanks being located approximately 50 m apart (Figure 2), and beta diversity analysis shown that microbial communities in II4 and II8 were similar to those in I2 samples. (Supplementary Figure S3). S. denitrificans is a facultative anaerobic sulfur-oxidizing bacterium that was isolated from an anoxic layer (depth 40 m) from a freshwater lake in Japan (Kojima and Fukui, 2010). These results suggest that this bacterium is ubiquitous in the similar sulfide-containing layers in the catchments having higher EOS in riverbed sediments (Figure 1) and can contribute to NO3− reduction; in addition, because it is a freshwater bacterium, it is thought to have occurred in the soil only after the change from seawater to freshwater. However, the relative abundance of the bacterium was less than 5% of the total microbial community (Figures 8, 9). A previous sludge reactor study also reported that T. denitrificans accounted for less than 5% of the entire microbial population by fluorescent in situ hybridization, despite clear NO3− reduction being observed (Dolejs et al., 2015). A small number of key players may be responsible for sulfur-based denitrification, especially in natural subsoils and sediments.
CONCLUSIONS
We detected multiple signs of sulfur-based denitrification in streambank subsoils in a headwater catchment underlain by marine sedimentary rock. Specifically, NO3− reduction accompanied by SO42− production; a microbial stoichiometric ΔSO42−/ΔNO3− ratio indicative of denitrification using thiosulfate; accumulation of NO2−, NO, and N2O; and sulfur-oxidizing bacteria with the ability to reduce NO3− were detected in the subsoils with higher sulfide contents. The key player of sulfur-based denitrification in the subsoils appeared to be S. denitrificans, which is widespread and can exploit the inherent sulfide in those soils. These results revealed that the subsoils possess the potential for sulfur-based denitrification; therefore, sulfur-based denitrification in the subsoil is an important process for NO3− reduction and might control NO3− in the catchment. Further information on the quantity and three-dimensional distribution of sulfides and the functions associated with sulfur-oxidizing bacteria are required for better understanding and estimation of ecosystem-wide denitrification in sulfide-rich regions.
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Soil depth, m PH (H-0) PH (H;0;) EC TC TS EOS
M mSm™ gkg™ gkg™ gkg™
il 13417 71 7.08 55 089 0.14 0.004
2 1.7-20 6.35 458 69 36 17 12
" 0.0-0.1 697 337 13 48 075 0073
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7 22-24 7.26 6.15 42 07 0.15 0,007
] 24-26 554 304 726 59 % 49
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Agronomic impact

Increase crop productivity Kopittke et al. (2019), Kottegoda et al. (2011), Abd E-Azeim et al. (2020)
Reduction of N rate applied Raguraj et al. (2020)
Increase bioavailabilty of nutrients Liuand Lal (2015), Kah et al. (2018)
Increase N use efficiency Perrin et al. (1998), Raguraj et al. (2020)

Environmental impact
Reduction of NO;~ leaching Malekian et al. (2011), Jadon et al. (2018)
Reduction of NH,* volatiization Jadon et . (2018)

Reduction of NO emissions Pereira et al. (2015)

Characteristics of nanomaterials
Siow-release source according to plant demands Urefia-Amate et al. (2011), Chhowala (2017), Tarafder et al. (2020)
Use of biodegradable materials Kusumastuti et al. (2019)
Possibilty to use different N molecules and formulations Sarkar et al. (2014), Benicio et al. (2016), Golbashy et al. (2016)
Favors penetration through nanopores and stomatal openings in plant leaves Abdel-Aziz et dl. (2016), Mahi and Kumar (2019)

Facilitates transport and delivery of nutrients through plasmodesmata Eichert et al. (2008), Pérez-de-Luque (2017)
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Treatment

Control
Larvikite
Norite
Olivine
Dolomite
Calcite

Denitrification pmol N kg=1 soil h—1

183+04
183+0.6
18+£14
15+£1.0
14 +£0.8
14£1.8

Max. NO pmol N kg~ soil

6+0.6
6+05
5+0.8
4406
5404
6+15

Max N»,O wmol N kg~ soil

193 £ 20
234 + 29
228 + 33
166 + 27
90 £ 11
62 + 10

In2010 (10)

0.43 4+ 0.04
0.50 £ 0.04
0.46 + 0.07
0.34 £0.06
0.10 £0.05
0.10 +£ 0.02

The N> O index (In2o) is a proxy for the propensity of NoO emission calculated by equation (1) for the period until the total amount of gaseous N (NO + NoO + N») reached
a specific limit indicated by the subscript (Inoo1o: 10 wmol N vial = 500 pwmol kg=1soil). Mean values of four field replicates (+SE) are given.
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Treatment O, rate pmol NO,~ + NO3~ accum.-rate N, O rate pmol N Max NO,~ wmol Ynoo %
kg~! soil h—1 wmol N kg~ soil h~1 kg~ soil h~1 N kg~ soil

December 2015 (60% WFPS)

Control 77+9 22+ 3 0.007 £ 0.0001 ndt 0.038 £+ 0.004
Larvikite 63+8 1942 0.007 + 0.0004 nd 0.04 + 0.004
Norite 6248 25+5 0.007 + 0.0008 nd 0.04 + 0.007
Olivine 88+ 6 27+ 4 0.015 + 0.0037 242 0.06 +0.013
Dolomite 69 +6 26 +2 0.008 + 0.0003 545 0.03 + 0.003
Calcite 90 +15 40+5 0.021 + 0.0025 117 £ 40 0.06 +0.014
December 2016 (70% WFPS)

Control 102 +8 ndf 0.015 £ 0,004 nd 0.071t
Larvikite 86+ 3 nd 0.018 + 0.002 nd 0.10
Norite 96 + 4 nd 0.014 + 0.002 nd 0.06
Olivine 1056+7 nd 0.016 + 0.004 nd 0.07
Dolomite 126+ 6 nd 0.021 + 0.002 nd 0.08
Calcite 131+ 9 nd 0.050 + 0.012 nd 0.15
December 2016 (85% WFPS)

Control 142 £ 17 4 +1 0.74 £ 0.47 nd 8+4
Larvikite 1283+ 14 3+0 1.48 £ 0.86 nd 15+9
Norite 137 £ 13 4 +1 1.24 £1.20 nd 8+7
Olivine 166 + 12 3+1 0.45 £ 0.25 nd 6+3
Dolomite 193+ 6 4+0 0.43 £0.22 nd 5+2
Calcite 167 £ 29 3+0 0.06 + 0.03 213 £ 40 2+1

The N2 O yield (Yneo) is the percentage of NoO-N relative to net accumulation of oxidized N (NO>~ + NO3~ + N2O) at the end of the incubation. The N2O emission
from soils without NH,= amendment was <10% of that with NH,* (Supplementary Table 3). Presented values are means and standard error of four field replicates.
Tna, not detected. TTNO,~ and NO3~ were not measured in this incubation. Ynoo was estimated assuming identical nitrification rates as measured at 60% WFPS, hence
standard deviations were not estimated.
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Treatment

Control
Larvikite
Norite
Olivine
Dolomite
Calcite

Soil pHcac2

5.01 +£0.05
5.02 &+ 0.04
5.12 4+ 0.04
5.17 +£0.03
5.65 4+ 0.04
6.62 & 0.06

ApH

0.01 &+ 0.01
0.11 £ 0.02
0.16 £0.03
0.58 £ 0.04
1.57 £0.08

The table shows the average soil pHcacie (n = 14 £ SE) throughout the 2 years after
incorporation of lime and minerals, and the average increase in pH by each mineral
treatment relative to the control (ApH). Pairwise t-tests for difference between
mineral treatments and control (ApH) showed significant effects (p < 0.05) for all
minerals except Larvikite. Fluctuations in pH and ApH throughout the 2 years are
shown in Supplementary Figure 1.
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Treatment Denitrification rate umol N kg=1 h=1 Max NO pmol N kg~! Max N,O pmol N kg~ In2o25

December 2015 (15 months)

Control 69+3 46+ 6 1749 + 351 0.22 +£0.04
Larvikite 63+3 41+3 906 + 185 0.11+0.08
Norite 60+ 5 47+ 4 1390 + 428 0.20 + 0.07
Olivine 69+ 6 4517 1460 =+ 451 0.19+0.05
Dolomite 90+ 6 2642 247 77 0.03 £+ 0.01
Calcite 91 +7 16 £ 1 541 <0.01
July 2016 (21 months)

Control 376+ 18 40+ 4 5724 + 665 0.33+0.04
Larvikite 354 + 29 40 £+ 1 5384 + 853 0.26 +0.05
Norite 409 + 20 4343 5886 + 1454 0.22 +£0.02
Olivine 398 +9 38+ 3 2844 + 832 0.18 +£0.04
Dolomite 424 + 15 3543 224 + 54 0.10+0.08
Calcite 41847 2742 111174 0.01 £ 0.00
December 2016 (27 months)

Control 204415 39+8 3620 + 748 0.42 £ 0.04
Larvikite 191 £ 17 35+ 11 3201 + 893 0.34 +0.06
Norite 207 £ 12 3544 3627 + 539 0.44 +0.08
Olivine 2554 23 26+ 4 1421 £+ 870 0.18 £0.10
Dolomite 263 4 26 27 +4 265 + 102 0.04 £+ 0.01
Calcite 293 + 33 18+2 97 £ 60 <0.01 +£0.00

Denitrification rates (umol N kg~ soil h=1) are given as average values (n = 4, +SF) for the first 50 h of incubation. Maximum amounts of NO and N»O are given as
wmol N kg*1 soil. The N2O index (Inzo) is a proxy for the propensity of NoO emission from denitrification calculated by equation (1) for the period until the total amount of
gaseous N (NO + NoO + Ny) accumulation reaches the specific limit indicated by the subscript (Inoogs: 25 wmol N-gas vial~! = 6.3 mmol N-gas kg~ soil). Rates and
IN2o25 for individual soil samples in both experiments are shown in Supplementary Figures 3, 4, respectively.
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Treatment 0, pmol kg=1 h-1 NH4* oxid. T wumol N kg1 h—1 N,O prod. T umol Nkg=1 h-1 max NO,~ wmol N kg~ Ynoo (%)

December 2015 (15 months)

Control 176 £ 19 41+6 0.04 £ 0.01 25+7 0.09 £ 0.01
Larvikite 181 +£8 Bl +£2 0.05 £ 0.01 31+3 0.08 + 0.01
Norite 168 + 16 51+5 0.05 £ 0.01 36+5 0.10 & 0.00
Olivine 238+ 20 69+6 0.07 £ 0.01 110 £ 66 0.10 & 0.01
Dolomite 276+ 28 86+9 0.14 £ 0.01 A7 4133 0.14 £ 0.01
Calcite 340 + 37 165 + 28 0.25 + 0.04 2687 + 550 0.15 &+ 0.01
July 2016 (21 months)

Control 189 + 22 248 0.04 £+ 0.00 ndft 0.12 £ 0.00
Larvikite 198 + 47 8143 0.05 £ 0.01 nd 0.15 & 0.01
Norite 207 £ 24 38+4 0.05 £+ 0.01 nd 0.14 &+ 0.01
Olivine 198 + 20 49+ 4 0.10 £ 0.01 nd 0.19 & 0.01
Dolomite 249 +9 7743 0.22 4+ 0.01 423 £78 0.28 &+ 0.03
Calcite 269 + 53 99 +2 0.35 + 0.04 1461 £ 135 0.34 &+ 0.06
December 2016 (27 months)

Control 213 £26 24 +5 0.04 £ 0.01 149 0.14 £ 0.01
Larvikite 216 £27 8t B 0.05 £ 0.00 1792 0.16 £ 0.02
Norite 246 +£ 13 39+2 0.06 & 0.00 28+7 0.13 & 0.01
Olivine 281 + 25 44 + 4 0.07 £ 0.01 71 +22 0.15 £ 0.01
Dolomite 343 + 11 64 +5 0.10 £ 0.00 411 £107 0.16 £ 0.01
Calcite 347 £ 22 84+7 0.13 &+ 0.01 1563 + 66 0.18 +£0.03

Data were averaged over the entire incubation period. Results for three experiments with soil sampled 15, 21, and 27 months after incorporation of lime and rock powders.
Presented values are means of four field replicates and standard error. Maximum NO2~ concentrations for individual field plot samples plotted against soil pH are shown
in Supplementary Figure 4. TNH,* oxid., ammonium oxidation rate; N2O prod., N2O production rate.ttnd, not detected.
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Layer Treatment  pH EC NO_2d NO5d  NO2d  N;O5d NO;~ NO," 50,> NH,"
mSm™'  Ppmv ppmv ppmyv ppmv  mgNL"'  mgNL'  mgsL™ mg N L
I N 67(01) 9206 1606 0100 44@3)  01(0.1)  004(0.02 0(0) 067(007)  0.11(001)
N+S 650.1) 12(0.1) 14003 01(02 43@3)  0.1(00 002(001) 003(002 67(0.38) 0.12 (0.06)
2 N 59(0.1) 4109 14003 12(10)  24(10)  53(28)  22(067)  013(0.11) 046(0.05  0.34(0.01)
N+S 401 7307 1602 12(10)  12(64) 8400  17(085)  025(006) 6.0 (29 030 (0.02)
13 N 901) 480 0803 1109 1300 1058 340 004(003 032(021)  0.14(0.03)
N+S 201 1004 1101 2726 0805 18(1.3  40(0.18)  009(0.09)  86(0.09) 0.10 (0.04)
ll4 N 601) 6304 1509 6141 7428 42(41) 35085  070(0.15 22(053 001 (0.008)
N+S 301 1208 1507 19(16) 4140  58(74)  15(.7) 21(1.4) 11(057) 001 (0.004)
lis N 9(04) 4804 092006 0604 1404 1907  45021)  017(004 048004 004 (0.003
N+S 8(01) 99006 01202 0102 0302 0503 45006 005006 89(004  0.004(0.004)
lis N 401) 4504 10(1) 1406 0502 0302 51041 005004 036003 007 (0.01)
N+S 801 1001 2105  29(1.0 1104 6108  46(0.11)  009(003)  89(008 0.10 (0.02)
7 N 00.1) 5802 04204 04(04) 0402 09(06 52(001) 003005 1.9(006) 0.04 (0.01)
N+S 6(01) 1002 04401 22(1.0 09(01) 27(06) 4.7 (0.11) 0.19(0.07)  81(0.07) 0.08 (0.01)
I8 N 301) 11(16 3445 0909 83(.3 19023 330013 011004  10@7) 0(0)
N+S 101) 17619 12 (9.4) 29 (37) 14 (14) 260 (87) 1.2(1.6) 0.57 (0.39) 21 (7.7) 0.01(0.02)

N, KNO; solution; N + S, KNOs and NazS0s solution.
_2d, 2 days after the start of incubation: 5d, 5 days after the start of incubation.
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Cumulative emissions (mg N0 m %)

Site Month. Date
NWR,

YX 4.19-6.17 (60 days, BT stage) 27 £102 (-183%)
6.18-7.25 (33 days, Fi stage) 40.1 £ 306 (27.49%)
7.26-8.9 (15 days, Dr. stage) 56.4 + 599 (38.69%)
8.10-10.7 (52 days, Mo stage) 40.9 + 349 (28.08)
10.8-11.4 (27 days, AH stage) 1.1 £ 12.9 (7.58%)
4.19-11.4 (192 days, full monitoring) 145.7 + 53.7a (100%)

DY 4.24-6.10 (48 days, BT stage) 1.4 £ 48 (3.21%)
6.11-7.23 (43 days, Fl stage) 9.4 + 6.1 (21.45%)
7.24-8.14 (22 days, Dr. stage) 8.4+ 6.9 (19.25%)
8.15-10.5 (51 days, Mo stage) 48+1.4 (11.01%)
10.6-12.2 (58 days, AH stage) 19.7 + 13.1 (45.08%)
4.24-12.2 (222 days, full monitoring) 43.7 + 13.9b (100%)

NWR,

-2.7 £+ 10.2 (-6.30%)
15.0 + 8.2 (35.33%)
4.4 + 4.3 (10.46%)
24.0 + 7.2 (56.63%)
1.6 +2.7 (3.88%)
42.4 + 19.5b (100%)

1.4 + 4.8 (0.95%)

57.8 + 15.3 (36.43%)
10.1 +2.7 (6.37%)

3.3 +3.1 (2.08%

86.0 + 93.8 (654.17%)
158.7 + 101.7a (100%)

CWR,

-2.8+7.8 (-15.19%)
10.8 + 4.2 (58.33%)
20+ 2.9 (11.02%)
10.0 + 6.0 (54.11%)
~15+ 36 (-8.26%)
185 + 8.8¢ (100%)

1.3+ 1.2 (12.04%)
3.3+ 2.4 (29.97%)
1.0+ 1.3 (9.15%)

1.6+ 2.4 (15.04%)
37+ 4.1 (33.83%)
109 + 6.9 (100%)

CWR;

2.8 + 7.8(-30.25%)
4.6 + 6.2 (49.67%)
1.6 + 37 (17.34%)
3.6+ 6.4 (38.92%)
2.3+ 19 (24.30%)
9.3 + 8.8¢ (100%)

1.3+ 1.2 (31.69%)
32423 (77.87%)
-06 £ 1.5 (-13.70%)
1.7 £ 1.9 (-41.80%)
1.9 + 06 (46.00%)
4.1 £ 6.0c (100%)

Note: BT, i, Dr., Mo, AH indicate before transplanting, flooding, crainage, moisture, after harvest, respectively. Different letters in a row indicate significant differences in the same

treatment between different sites (p < 0.05).
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Site  Type

YX cw
NW

DY cw
NW

OM (g kg)

25.58 + 0.58b
21.74 £ 0.37c
33.05 + 0.66a
3251 + 0.41a

TN (g kg™)

2.01+0.12a
1.62 + 0.11b
1.65 + 0.06b
1.48 + 0.09b

AN (mg kg )

185.5 + 22.2a
189.7 + 19.5a
167.2 + 16.3b
162.2 + 11.0b

TP (g kg™)

0.65 + 0.05b
0.81 +0.07a
0.24 + 0.02c
0.24 + 0.01c

AP (mg kg ™)

3.72+0.11b
7.86 + 0.56a
4.26 + 0.32b
6.74 +0.15ab

TK (gkg™)

1712+ 0.31b
19.50 + 0.890
25.6 + 1.68a
243 + 1.25a

AK (mg kg™")

32.20 + 2.36b
36.14 + 3.56b
58.14 + 6.56a
61.16 + 5.89a

pH

6.19 + 0.01a
6.16 + 0.01a
5.19 + 0.01b
5.06 + 0.02b

MST (C)

26.99 + 2.31a
27.36 + 2.58a
23.76 + 2.12b
23.83 +2.68b

Note: OM, TN, AN, TP, AP, TK, AK, and MST indicate organic matter, total nitrogen, avaiable nitrogen, total phosphorus, available phosphorus, total potassium, available potassium, and
mean soil temperature. YX and DY mean Yangxin site and Daye site. CW and NVW/ mean cold-waterlogged paddy fields and normal padidy fields. Different lowercase letters within a single

column indicate statistically sionificant dilferences at p < 0.05 between treatments. MST i mean femperature of 5 cm sod layer during rice planting.
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Parameter

Plot (experimental unit) size

Amount of tracer applied per area

Number of replications

Number of samples per plot

Number of analyses per sample

Sampling frequency

Decision criteria

Large enough to be representative of small-scale variability
Small enough that tracer costs are reasonable

Large enough to achieve labeling of large, diute pools and fluxes
Small enough to avoid unwanted fertization/eutrophication
Small enough that tracer costs are reasonable

Important to achieve precise, testable resuits
Small enough that work load and analytical costs are reasonable

Useful to improve the level of precision
Small enough that work load is reasonable
‘Samples can be pooled for analysis without really compromising statistics

Muliple analyses are marginally useful for improving precision

Should match the time scale of relevant N transformation processes
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Tracer applied

Reference

Replication 1

Replication 2

Replication 3

Replication 4

Average recovery
Average-based caloulation

Pool
mass

(g/m?)

6,956
4,120
13,001
9,463
6,975

8,412

N concentration
(mg/g)

10.93
19.10
10.82
11.91
1051

13.09

85N (%0)

-3.11
46.51
15.61
65.73
108.17

56.51

N pool
(mol/m?)

0.00889
5.43
5.62

10.11
8.06
5.23

7.25

5N ratio
R

0.0036651
0.0038475
0.0037339
0.0038814
0.0040742

0.0038842

5N fraction
F

0.99
0.0036517
0.0038327
0.0037200
0.0038664
0.0040577

0.0038692

Tracer
fraction
X

0.0001836
0.0000693
0.0002177
0.0004116

0.0002206

Tracer
recovery

0.1160
0.0788
0.1971
0.2424
0.1586
0.1950

Data from the organic soillyerin a forest, one year after spraying a'*NH,Cl tracer (Providol et a,, 2006). The overestimation of tracer recovery by the second calculation method can be
axplained by negative comalations, in this case ~0.73 beiween sod diy mass and N concentration and -0.21 betwesn N concentration and 5N,
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Treatment Ca (g/kg)
M 19.75 + 0.14
s 20.26 + 1.19
MRO 19.68 + 0.46
MHAP 18.82 + 0.27
MHAPE 18.92 £ 1.07

Mg (g/kg)

5.77 + 0.10
584+045
558019
538+ 0.10
513022 (o = 0.03)

Fe (g/kg)

4.77 £ 0.09
401£12
407 +0.72
422+047
4.78 + 0.02

Cu (mgrkg)

31102
27+03
2607
31+02

1.3 £ 0.1 (p = 0.0005)

Mn (mg/kg)

60.3+5.7
97.6 + 12.6 (p = 0.007)
88.6 + 18.6 (p = 0.02)
790437
600+7.8

2Zn (mg/ka)

63404
4.1+ 0.7 (p = 0.003)
4.8+ 06 (0 = 0.047)
4.8+ 0.6 (p = 0.01)
45+ 03 (p = 0.003)

S = soil:M = manure; MRO = manure + red ok biochar; MHAP = manure +corn biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + cor biomass feedstock
autothermal parous Fe-engineenad biochar.
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Properties Manure (control) MHAP MRO MHAPE

oH 92 97+ 0.09 99+ 001 75001
Moisture (%) 90.8 58.1 + 0.6 23.6 +30 499+ 09
Mineral matter (%) 435 287 +02 45228 465 +04
LOI (%) 56.5 71302 54828 53.5 + 0.4
Org-N (%) 44104 19004 1.0 +002 1.7 £001
NH,-N (%) 0.69 004 + 0,01 0.02 +0.01 1.0 +0.03
NOs-N (%) N.D. N.D. N.D. N.D.

P,0s-P (%) 544006 07+0.1 0802 0.8 002
KO-K (%) 168+ 26 46+ 0.1 38:03 5101
TC (%) 382 513+45 50232 36.3+1.2
N (%) 54+01 20+0.1 10£0.1 27+ 004
TC/TN 7 263+ 26 51844 133+ 06

N.D. = not detected; + standard deviation calculated for n = 3; MRO = manure + red oak biochar; MHAP = manure + com biomass feedstock autothermal alkaline porous biochar; MHAPE
= manure + com biomass feedstock autothermal porous Fe-engineered biochar. LOI = Loss on ignition; TC = total C; TN = total N. Some manure analysis couid not be replicated due to
insufficient sample amount.
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Treatment Total-N

M 15.63 + 0.31b
MRO 10.88 + 0.45d
MHAP 18.56 + 0.03a
MHAPE 12.96 + 0.08¢c

K

52.85 + 0.48d
66.00 + 2.78¢c
93.36 + 0.15a
78.63 + 0.490

Ca

6.15 + 0.05d
8.48 + 0.36c
32.97 + 0.05a
23.96 + 0.15b

Mg

3.92 + 0.03d
4.24 + 0.18c
13.80 + 0.02a
10.84 + 0.06b

Fe

0.53 + 0.01c
0.55 + 0.02¢
425 +0.01b
114.37 £ 0.72a

Cu

0.46 + 0.01a
0.21 + 0.01c
0.33 + 0.002b
0.45 + 0.01a

Mn

0.12 + 0.002c
0.11 + 0.004c
0.29 + 0.005b
0.87 + 0.005a

Zn

0.56 + 0.01a
0.33 + 0.0005d
0.47 + 0.0008b
0.32 + 0.002¢c

M = manure, MRO = manure + red oak biochar; MHAP = manure + com biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + com biomass feedstock autothermal

porous Fe-enginesrad biocher.
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Soil Treatment PH
M 7.43 £ 005
s 7.53+005
MRO 7.60 + 0.08 (p = 0.045)
MHAP 7.57 £ 009
MHAPE 7.30 £ 008

BD g/lem®

1.63+05
1.31£0.1
1.26 + 0.07
1.18 £ 0.01
117 £ 0.05

OM (%)

3.1+ 007
308+0.14
325+ 001

3.41 £ 0.02 (p = 0.001)

337+ 0.01 (o = 0.004)

TC (%)

218+ 0.35
1.90 £ 0.11
229+ 0.15
240 + 0.19
241 +0.11

TN (%)

0.18 + 0.01
0.18 + 0.01
0.19 + 0.01
0.19 + 0.01
0.21 +0.01

C/N ratio

11.06 + 1.07
11.84 +0.12
1057 + 0.44
11.87 + 0.53
12,63 + 0.63

$ = soil, M = manure, MRO = manure + red oak biochar; MHAP = manure + com biomass feedstock autothermal alkaline porous biochar; MHAPE = manure + com biomass feedstock

autothermal porous Fe-enginearsd biochar.
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