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Editorial on the Research Topic
 Working Towards a Blue Future: Promoting Sustainability, Environmental Protection and Marine Management: Examples from the UK Government Blue Belt Programme and Current International Initiatives




INTRODUCTION

World-wide, the oceans are experiencing unprecedented rates of change associated with human activities. Overexploitation of species, degradation of habitats, biodiversity loss, a growing human population and changes in sea and land use are fundamentally altering the structure and function of marine ecosystems (Scheffer et al., 2001; Lubchenco et al., 2003; Jennings and Brander, 2010; Este et al., 2011; Díaz et al., 2019; Halpern et al., 2019). Effective and sustainable marine conservation and management strategies are urgently needed to halt the continued degradation of the world's oceanic and coastal environments (Devillers et al., 2015; Lubchenco and Grorud-Colvert, 2015; Ban et al., 2017; Roberts et al., 2017; Alvarez-Fenandez et al., 2020; Laffoley et al., 2020). International conventions and policies, most notably the Convention of Biological Diversity and the United Nations Sustainable Development Goal 14, called for at least 10% of the world's oceans to be protected by 2020 [Convention on Biological Diversity - Aichi biodiversity targets, 2010; United Nations Educational Scientific Cultural Organisation (UNESCO), 2017]. At present, an estimated 7.7% of the world's oceans are designated as Marine Protected Areas (MPAs) (The United Nations World Database of Protected Areas, 2021), with discussions to determine the type and extent of marine protection required post- 2020 currently underway (Campbell and Gray, 2019; Gownaris et al., 2019).

Across the globe there are aspirations of reversing biodiversity loss through the protection of 30% of the world oceans by 2030 and a vision of living in harmony with nature by 2050. (The United Kingdom Government, 2018; Convention of Biological Diversity, 2019; The International Union for Conservation Nature, 2021) The declaration of the United Nations Decade of the Ocean Science for Sustainable Development encompassing 2021-2030 [United Nations Educational Scientific Cultural Organisation (UNESCO), 2017] has been developed to provide a common framework to unify and enable countries to undertake the ocean science necessary to sustainably manage oceans on a global scale and to ensure that connections between science, policy and societal needs are at the heart of the process (The United Nations decade of ocean science for sustainable development, 2020). One of the proposed mechanisms for achieving such ocean management is the designation of large-scale highly protected MPAs (Dudley et al., 2010; Leverington et al., 2010; Edgar et al., 2014; Watson et al., 2014). Highly protected MPAs can be a powerful conservation tool if appropriately managed from the point of designation (Lubchenco and Grorud-Colvert, 2015; Gownaris et al., 2019; Schratzberger et al., 2019; Alvarez-Fenandez et al., 2020). To effectively designate and sustainably manage such large areas of ocean and sea that can encompass a myriad of habitats and species, it is crucial that we understand the structure, function and resilience of the ecosystems therein. Such decisions involve many sources of evidence and require consideration of a complex interplay of social, political, legal, cultural, economic, and environmental concerns (Schratzberger et al., 2019). The wide range of competing interests means that, to be effective, decision-makers need to be presented with this evidence in a timely and accessible manner so it can be used to inform the development of future management and policy strategies.



UK GOVERNMENT BLUE BELT PROGRAMME

In 2016, the UK Government established its Blue Belt Programme1, a broad initiative to develop and enhance marine management, protection and conservation across a number of its Overseas Territories. The Blue Belt Programme has focused on seven territories, including British Antarctic Territory, British Indian Ocean Territory, Pitcairn Islands, St Helena, Ascension Island and Tristan da Cunha, and South Georgia and the South Sandwich Islands.

This Programme has contributed to the delivery of the UK Government's commitment to provide protection of over four million km2 of marine environment across the UK Overseas Territories (UKOTs). This has been achieved through the provision of ongoing support for existing strategies of marine protection within British Indian Ocean Territory, South Georgia and the South Sandwich Islands and within British Antarctic Territory and through assisting in the development of new marine management and protection strategies within Pitcairn, St Helena, Ascension Island and Tristan da Cunha Exclusive Economic Zones (EEZs).

High-level objectives of the Blue Belt Programme have been to:

1. Improve scientific understanding of the marine systems throughout the seven UKOTs;

2. Develop and implement evidence based, tailored marine management and protection strategies where these were not already developed and

3. Ensure that any management measures both ongoing and developed within the Blue Belt Programme are sustainable into the future.



CONTENT

The Blue Belt programme is delivered by the UKOTs in partnership with the Center for Environment, Fisheries and Aquaculture Science (Cefas) and the Marine Management Organization (MMO), in addition to collaborators and experts from around the world to generate additional knowledge to ensure that existing and newly developed marine protection strategies are well-designed, and that valuable marine areas and zones are effectively managed and monitored.

The geographic scope of this Frontiers in Marine Science Research Topic demonstrates the amount of work currently being undertaken in partnership with many UKOTs as they seek to protect and sustainably manage their marine estates. Included are studies encompassing UKOTs within the Blue Belt Programme (South Georgia and the South Sandwich Islands, Tristan da Cunha, St Helena, Ascension Island, Pitcairn Island and the British Indian Ocean Territory), as well as Monserrat. It brings together 22 papers that focus broadly on four key themes that demonstrate the importance of scientific data collection and how it has been utilized to deliver policy relevant evidence and advice for UKOT decision makers.


Ecology and Status of Key Fisheries Species

Sustainable management of fish and invertebrates requires detailed knowledge of the distribution, abundance and ecology of both target and non-target species. In the Tristan da Cunha EEZ, Campanella et al. use acoustics to detect and quantify major fish aggregations at seamounts, whilst Bell et al. and Heyworth et al. investigate the life-history traits and regional connectivity of the bluenose fish populations caught at those seamounts. In St Helena waters, Wright et al. apply both conventional and novel tagging methods to investigate patterns in the behavior of yellow-fin tuna, that will inform regional management of this economically valuable species. An economic study undertaken by Muench et al. to assess the viability of existing fisheries during the creation of a large scale MPA in the Ascension Island EEZ provides valuable insights into the potential socio-economic impacts that MPA design and management practices could have if not considered during the design and designation phase of MPA planning and management. In addition, a study by Townhill et al. utilizes climate projection models under different emission scenarios to assess potential changes in the distribution of commercially important fish stocks in the vicinity of Ascension Island, St Helena and Tristan da Cunha under different climate scenarios, providing important information on how climate change may affect the livelihoods of small Island communities.



Integrated and Adaptive Marine Management

Robust monitoring of ocean health is vital for the development of an integrated and adaptive approach to marine management. This is often challenging in small communities with limited capacity and weak or non-existent environmental baselines. The two studies undertaken by Painting, Haigh, et al. and Painting, Nelson, et al. demonstrate the importance of monitoring and how baseline data can be used to develop assessment levels for coastal pollutants. McGoran et al. discuss the value of understanding potential sources of pollution, such as plastics and the extent and impacts of this pollution on marine systems, including the deep sea. Mynott et al. show how the collection of scientific data and evidence can be used to develop novel tools for conducting ecological risk assessments relating to anthropogenic activities in data poor environments. Duffy et al. discuss how long-term monitoring can inform the development of conservation objectives that result in the continued sustainable use of resources and minimize potential socio-economic impacts on local communities.

Stakeholder conflict is a common issue during the development and implementation of management strategies. Dosell et al. stress the importance of stakeholder engagement in data collection and as part of the decision-making process and highlight the importance of inclusivity in user conflict resolution and the development of evidence informed management and policy strategies. While Hardman et al. emphasize the importance of establishing multi-actor and multi-sector partnerships to aid stakeholder participation, offer technical expertise and to mobilize finance. Governance structures are essential to balance and trade-off competing objectives, resolve conflicts and develop integrated and adaptive management systems that enable managers and decision makers to coordinate planning and management across a range of sectors.



Investigating Vulnerable Marine Ecosystems

In order to conserve and protect vulnerable marine species, it is first necessary to understand how they interact with key habitats, where these habitats are located, and how susceptible they are to human activities. Downie et al. and Hogg et al. demonstrate that work to map the location of vulnerable habitats is essential during the MPA design and designation process to ensure that MPAs are placed in the correct location, therefore affording vulnerable marine ecosystems the level of protection they require. These articles also show the importance of baseline information during the management effectiveness assessment step of the MPA management cycle. Archer-Rand et al. and Bridges et al. illustrate how the modeling and mapping of tropical and cold water corals has provided information that has contributed to the designation of highly protected marine zones and the management of potentially damaging activities. Dickens et al., Martin et al., Meeuwig et al., and Thompson et al. discuss how the mapping of oceanic features and the collection of sightings data of vulnerable marine species and land-based marine predators can be used to inform marine spatial protection and conservation strategies. Much of the research presented here has already directly informed management and policy decisions in the UKOTs, highlighting the value of targeted operational research delivered in a timely and accessible manner.



Marine Protection and Enforcement

The designation of large scale (>100,000 km2) MPAs is rapidly increasing on a global scale. How effective these large scale MPAs are at achieving their conservation objectives depends on the level of compliance with management measures. Collins et al. conclude that to improve compliance and therefore the potential for any management objectives to be met it is first necessary to understand both the social and economic drivers of non-compliance. Their article also considers how applicable the development and implementation of educational and incentive-based programmes are as an alternative to costly enforcement activities.




SUMMARY

The articles contained in this issue represent the outcomes of policy-driven, applied research, developed to fill the most critical knowledge and evidence gaps in the marine decision-making process. The outcomes of this work have already had demonstrable impact upon major policy decisions within the UKOTs, including the designation of large MPAs, the safeguarding of fisheries resources, the protection of vulnerable ecosystems, and the sustainable use of the marine environment. The articles highlight many of the challenges that have been overcome while working in remote locations with varying levels of infrastructure and governance. They demonstrate the importance of communication and what can be achieved through partnership working between Government agencies, non-governmental organizations, academic partners, and local stakeholders.

We, the authors, are proud to have worked alongside our UKOT colleagues to deliver co-created science that has been crucial to evidence-based decisions made during our journey toward sustainable ocean governance. Many of the UKOTs are remote communities that depend heavily on their marine environments and have limited means for economic diversification. Their willingness to consider their economic goals alongside those of global marine protection cannot be underestimated and they should be wholeheartedly congratulated on their commitment to building a sustainable future for our oceans.
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Bluenose warehou (Hyperoglyphe antarctica) is a popular commercial fish in Australia and New Zealand, but its biology and ecology are very poorly known in other regions where it is found. We present here the first life history data for this species from the south Atlantic, focusing upon the exclusive economic zone (EEZ) of the United Kingdom Overseas Territory (UKOT) of Tristan da Cunha (TdC). Here, bluenose is known from several seamounts and island margins, typically occurring in waters between 200 and 1,000 m depth and is the target species of trawl and longline fishery operating since 1997. We use a suite of methods to describe important life history parameters, including length-weight and age-length relationships and size at recruitment, as well as examining commercial longline survey data to uncover habitat preferences of bluenose. This work has formed an important part of the United Kingdom government’s Blue Belt Program in TdC. It has underpinned the development of the first stock assessment for this species in the Atlantic, as well as a range of improved conservation measures for some of the more vulnerable species that occur in these areas, including seabirds and cold-water corals.
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INTRODUCTION

Bluenose warehou (Hyperoglyphe antarctica, Carmichael, 1819), hereafter bluenose, is a large demersal finfish (Osteichthyes: Centrolophidae) that occurs in deep-water throughout the temperate Southern Hemisphere except the SW Atlantic (Kailola et al., 1993; Piotrovsky, 1994; Froese and Pauly, 2019). Juveniles are thought to associate with drifting debris in the top 100 m of the water column (Last et al., 1993; Duffy et al., 2000) until they reach a total length of approximately 30–40 cm (rarely up to 50 cm). At full size, they recruit to the demersal habitat of adults and sub-adults (Horn, 1988; Duffy et al., 2000). Adult bluenose tend to associate with steep, rocky areas on seamounts or continental slopes between 100 and 1,000 m, where they are closer to the seabed during the day (Kailola et al., 1993; Armitage et al., 1994). As is common with other demersal scavenging fish species, larger individuals tend to be found in deeper waters (Collins et al., 2005; Cordue and Pomaréde, 2012). Longevity is poorly understood; estimates from New Zealand stocks range from 25 to 76 years (Annala, 1994; Horn et al., 2010) but longevity and life-history of the south Atlantic stock is unknown. The main prey species for bluenose are pelagic cephalopods, demersal and pelagic fishes, and crustaceans (Horn and Massey, 1989; Piotrovsky, 1994; Laptikhovsky et al., 2019).

Tristan da Cunha (TdC) is a remote archipelago comprised of four islands and several large, shallow seamounts and guyots in the temperate south-east Atlantic, which forms part of the United Kingdom Overseas Territory (UKOT) of Ascension, St Helena, and Tristan da Cunha. Tristan Island, in the north of the exclusive economic zone (EEZ) is the only inhabited island and is the most remote permanently inhabited island on the planet, with approximately 260 residents. There is very limited land area suitable for agriculture and so consequently, much of the island’s gross domestic product (ca. 85–90%) and food security are derived from marine resources. The majority of this value comes from an inshore pot fishery for Tristan Lobster (Jasus paulensis) but there has also been a seasonal longline and trawl fishery operating at the four largest seamounts. The fishery has targeted demersal species such as bluenose, jacopever (Helicolenus mouchezi), and splendid alfonsino (Beryx splendens). This fishery has operated intermittently since 1997, during which time landings of bluenose have ranged between 0 and 782 tons per year in the TdC waters, or 0–29% of the global annual landings for this species (Figure 1). Bluenose fisheries in other areas have been characterized by a vulnerability to sustained, high-intensity fishing. For instance, total allowable catch (TAC) in New Zealand waters was reduced by 60% in 2011, from levels of around 2,300 to 920 tons per year (Cordue and Pomaréde, 2012). The TdC EEZ is surrounded by the South-East Atlantic Fisheries Organization (SEAFO) convention area, which manages demersal fisheries in the wider area. SEAFO does not currently set catch limits for bluenose as bluenose is not a common bycatch species, so the distribution and demographic structure of bluenose from the wider area is unknown.
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FIGURE 1. Global catch (tons) of bluenose warehou (FAO 3-alpha code: BWA). Source: FAO and Tristan da Cunha Fisheries Department. N.B. FAO 1994 value for south-west Pacific missing from FAO data and interpolated value presented.


Prior to 2017, there had been no dedicated survey and very little data collection for the bluenose fishery in TdC, owing to the intermittent nature of the fishery and the limited opportunities for islanders to conduct research. No commercial fishing, except for lobster, is currently permitted within 50 nautical miles of any of the islands, meaning that this fishery is confined to remote, offshore grounds in the central and eastern reaches of the TdC EEZ. Islanders and vessel crew catch bluenose around the northern islands and at Gough Island as part of a small subsistence fishery only. In 2016, the UK Government announced a commitment to improving marine protection in five of its overseas territories, of which the territory of Ascension, St Helena, and Tristan da Cunha is one. This has greatly enhanced research effort targeting this fishery through the dedicated “Blue Belt” program and other official development assistance funding streams that support TdC work by the British Antarctic Survey and the Royal Society for the Protection of Birds. In this paper, we report novel data on life history and habitat use by bluenose in TdC waters. Specifically, we test the following null hypotheses for bluenose in the TdC EEZ: (1) bluenose does not exhibit significant sexual dimorphism; (2) bluenose life history parameters are similar between each of the seamounts, and (3) there is no seasonal maturation pattern in bluenose.



MATERIALS AND METHODS


Sites

We report biological data from two fishery surveys and seven commercial fishing trips (Figure 2) between November 2017 and February 2019 on the longliner, MFV Edinburgh, and the trawler, FV Argos Vigo. Commercial longline fishing has occurred on the Crawford, Yakhont, McNish, and RSA seamounts, with a few survey lines around the Gough Island. Each of these seamounts are broadly characterized by a relatively flat “guyot”-style plateau, at depths of between 150–550 m, surrounded by steep flanks which descend to the surrounding seafloor at a depth of approximately 3,000–3,200 m. The Gough Island margin is similar in the latter respect but, of course, lacks the subsurface plateau area and the associated pelagic habitats.

[image: Figure 2]

FIGURE 2. Map of the Tristan da Cunha (TdC) Exclusive Economic Zone (EEZ) highlighting the island groups (Tristan and Gough) and the seamounts that comprise the commercial fishing grounds. One, two, and three thousand meters contours derived from the GMRT v3.1 database and subset for the features of interest here.


Trawls were predominately at Yakhont and McNish seamounts, with a small number of trawls at RSA. The data presented here consists largely of opportunistic sampling on board commercial vessels, often in topographically complex areas, and, as such, does not conform to a standardized spatial distribution (e.g., stratified by depth). This is largely unavoidable, given the operational limitations of working in such a remote location, but for the purposes of determining ecological and life history strategies of bluenose, is nonetheless reliable.

In addition to observations of commercial fishing, two research fishing surveys were also completed. The first of these targeted the RSA Seamount in November 2017, and the second, the McNish Seamount and the Gough Island margin in April 2018 (Table 1). The Gough Island margin has never been subject to commercial fishing, and only a limited amount of subsistence fishing has ever occurred there, so was selected as a proximal baseline for examining demographic structure and catch rates in a putatively unimpacted stock. The island margin remains closed to commercial fishing.



TABLE 1. Summary of sampling conducted as part of this study.
[image: Table1]

Further to this, two dedicated research surveys, on board the RRS James Clark Ross in March 2018 and the RRS Discovery in March 2019, were conducted and focused on the habitats and species composition of the four seamounts where commercial fisheries for bluenose have operated (Morley et al., 2018; Whomersley et al., 2019). During these surveys, swath bathymetric and oceanographic data were collected and used to inform a model of habitat preferences. The swath data were used to compute derived topographic products (bathymetric position index, rugosity, slope, and aspect) using the “terrain” function in the “raster” library in R (Hijmans, 2019).



Gear Descriptions

The MFV Edinburgh used a Spanish double longline system. Five research lines of 1,026 hooks were set every night, each with one anchor (>40 kg) and one beacon on a balloon float attached to the main line. During the commercial fishery, overnight, the vessel set two lines of 5,400 hooks supported by two anchors and two sets of balloon floats. Each commercial line was observed for at least 40% of hooks but up to 100% where observer staffing was available. The main line was 16 mm polypropylene rope and the fishing line was 6 mm polypropylene. Hook snoods were attached at 1.7 m intervals and were made of 1.2 mm monofilament line with 13/0 circle hooks attached and baited with Pacific Saury (Cololabis saira). The line weights were 4.6–6.2 kg (mean 5.4 kg). Distance between the line weights was 91 m.

The FV Argos Vigo used two demersal trawl nets equipped with 2 ton trawl doors, 21–24″ rubber rockhoppers, and steel bobbins. Hauls were directed on the seamount plateaus (120–448 m), with haul durations of 15–195 min. Data were collected from 119 hauls over 21 days, with a minimum of 100 individuals per haul.



Fisheries Data Collection

At least 100 bluenose warehou (all if less captured) were sampled, per set or haul, for biological analyses. This included measurement of the total length (TL), individual mass within 10 g, and assigning maturity stage, following Baelde (1996) scale for this species (Table 2).



TABLE 2. Comparative characteristics of maturity scales in bluenose warehou used by Tristanian fishery observers.
[image: Table2]

Conversion factors of bluenose were measured on board the Argos Vigo in December–January 2017–2018, and on the MFV Edinburgh in April 2018. The ratio of green-processed weight of headed and gutted fish was 1.62 (n = 24; ±0.03). The ratio of green-processed weight of gilled and gutted fish was 1.18 (n = 376; ±0.03). A single observation of headed, gutted, and tail removed was also made, with a conversion factor of 1.67.



Otolith Readings

In total, 650 sagittal otolith pairs, collected during the 2017–2018 fishing season, were sent to Fish Aging Services for reading. The otoliths were embedded, in two rows of between two and four (depending on the size of the otolith) in blocks of Polyplex Clear Ortho Casting Resin ensuring that the primordium of each otolith was aligned. This allowed up to four otoliths to be sectioned in one cut. Four sections, approximately 300 μm thick, were cut through the otolith with at least one of the sections containing the primordium. Sections were taken using a modified high-speed gem-cutting saw with a 250 μm thick diamond impregnated blade. The four sections from each row of samples were cleaned, dried, and mounted on clear glass microscope slides (50 × 76 mm). The coverslip was affixed using the same embedding media.

Annual age estimates were made using a Leica dissecting microscope. The age of a sample was determined by counting the sequence of alternating translucent and opaque zones from the primordium to the otolith edge. To avoid the introduction of bias, the magnification at which otoliths were read remained consistent at 20x; on occasion, the magnification was increased to resolve fine increments close to the edge of the section in older fish.

A customized image analysis system was used to age sections. The system counts and measures manually marked increments and collects an image from each sample aged. A charge-coupled device (CCD) digital camera is mounted onto the dissecting microscope (Leica MZ80), and a live image is displayed on the monitor. Using the image analysis system, a transect is drawn on the otolith image from the primordium to the edge of the sample on the dorsal side of the sulcus (viewed in vivo). The positions of the opaque increments along this transect and the otolith edge were marked with a screen cursor. The numbers of zones marked, the measurements from the primordium to each subsequent mark along the transect, and observations on each sample were exported to a Microsoft database.

To avoid the potential for biasing age estimates, all counts were made without knowledge of fish size, sex, and location. Once age estimates are completed, the aging data was combined with the biological and capture data for subsequent analyses.



Statistics

Statistical tests were conducted in the R statistical environment. Length-weight relationships were compared using a multivariate ANOVA. Length at maturity was calculated using a generalized linear model (GLM; distribution family: binominal). Relationships between length and depth were tested using a GLM that allowed for random effects from sex and seamount.

Bluenose habitat preferences were described with a generalized additive model (R package MGCV) using a number of geomorphological factors (depth, slope, aspect, terrain ruggedness, and topographic position index), with survey catch per unit effort (CPUE) as a response variable.

Life history parameters (Von Bertalanffy growth curves) were estimated for females and males using a non-linear least squares model and bootstrapped (1,000 iterations) using the “Stats” and “FSA” packages in R (Ogle et al., 2020).



Stable Isotope Analysis

Eye lens proteins were targeted to recover life history records of stable isotope compositions from individual fish (Wallace et al., 2014; Quaeck-Davies et al., 2018). Frozen eye lenses were selected from 11 bluenose individuals, from a set of 65 individuals sampled on board the Argos Vigo, in January 2018 from the McNish and Yakhont seamounts. The relationship between external lens diameter and fish body length was determined to allow subsequent estimates of fish length associated with lens diameter. Sequential layers of lens protein tissue were removed using a scalpel and tweezers under a binocular dissecting microscope until the solid core of the lens was reached resulting in approximately 10–23 layers per lens, depending on size. Samples were freeze dried and then ground into a powder. Individual samples, of 0.6–0.8 mg, were weighed into tin boats prior to isotopic analysis.

The stable isotope composition of carbon and nitrogen in eye lens protein samples was determined in the SEAPORT stable isotope facility at the University of Southampton. A Vario ISOTOPE select elemental analyzer coupled with an Isoprime 100 isotope ratio mass spectrometer (IRMS) was used to measure isotope ratios.

Laboratory standards Acetanilide (ACET), glutamic acid, and fish muscle protein were used for quality control. USGS40 (L-Glutamic Acid) was used as an internal reference material. Data were reported via the standard notation, δ values per thousand units (per-mille, ‰) relative to international standards Pee Dee Belemnite for δ13C and nitrogen in air (N2) for δ15N. The long-term precision for determination of protein δ13C and δ15N values in the Seaport facility estimated from the SD of repeated measures of laboratory internal standards is under 0.2 ‰ for both isotopes.

A single pair of lenses from both eyes of one fish was analyzed to establish sampling precision. Isotope ratios were closely correlated between the two eyes. For a given lens diameter, stable isotope delta values differed between approximately 0.02 and 0.25 ‰ for δ13C ratios and between 0.1 and 1.5 ‰ for δ15N. The greatest differences were associated with a period of marked reduction in isotopic ratios of both carbon and nitrogen, between 6 and 10 mm lens diameter (estimated fork length of 30–45 cm), and offsets between lenses indicate errors in estimating lens diameter during sequential sampling.




RESULTS


Seafloor Topography and Survey Catch Rates

There were no significant differences in bluenose CPUE between any of the areas surveyed during research fishing longline sets (kg per 1,000 hooks; the Gough Island and the McNish and RSA seamounts; ANOVA: F = 2.27, p = 0.11, Tukey’ test pairwise p: 0.13–0.95).

The strongest drivers of differences in standardized survey CPUE (Figure 3) were time of the year and aspect, together with the effects of depth and distance to slope break within individual seamounts. Survey CPUE was generally the highest in depths of 350–550 m, corresponding to a bottom temperature of 6–8°C. Other factors had varying, typically non-linear relationships with CPUE which were likely to some degree indicative of the influence of the conditions upon vessel efficiency (e.g., highest seafloor roughness generally predicted lower CPUE, but it was not clear whether this was a product of bluenose habitat preference, or the difficulties of fishing particularly rough grounds). Nautical area scattering coefficient (NASC; Campanella et al., submitted, this issue), a measure of mesopelagic biomass density, was strongly autocorrelated with spatial CPUE trends at McNish but low acoustic survey coverage at RSA prevented broader comparisons. NASC was however predominantly a product of depth and aspect (e.g., strongest NASC was on the SW flank of McNish in waters 200–400 m deep).
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FIGURE 3. Comparison of standardized research fishing surveys at Gough, McNish, and RSA in the 2017–2018 fishing season (Spanish line set up only, and no commercial fishing data included). CPUE (points) and fitted values (lines). Jdate = julian day; dist2shelf = linear distance from shelf break (given as 400 m contour) and tempC = Temperature (°C).




Bluenose Biology

The sex ratio of male to female bluenose sampled was 0.80:1 (n = 5,957: 7,484). There was a significant difference in the length-weight relationship between sexes and all seamounts (MANOVA: Fseamount = 719.7 and Fsex = 1286.0; p < 0.001), but the effect size was small (Figure 4). Females ranged in total length between 51 and 130 cm (mean = 87 cm) and weight between 1.7 and 35.2 kg (mean = 11.1 kg). Males were slightly smaller, with a length range of 51–122 cm (mean = 81 cm) and a weight range of 1.2–33.0 kg (mean = 8.6 kg). The oldest individual observed was a 117 cm long female, estimated at 44 years of age, but the majority of individuals were under 10 years old (355 of 650 individuals, compared with only 32 older than 30 years).

[image: Figure 4]

FIGURE 4. Length-weight relationships (LWR) for sampled bluenose (BWA) by seamount and by sex (14,550 individuals).


At the RSA seamount, post-spawning (resting) females and males were commonly observed between November and April, indicating that there is likely a protracted spawning period spread over most of the austral spring and summer (Figure 5). There were insufficient data to examine whether the seasonal pattern is spatially explicit to individual seamounts, since no seamounts were sampled in all months. Males matured at smaller sizes than females (Figure 6; Table 3). The proportion of mature female fish declined above total lengths of above 115 cm.

[image: Figure 5]

FIGURE 5. Change in female and male maturity stages by month (RSA seamount only). Observations cover two fishing seasons; October 2017 to February 2019. N = 2,819.


[image: Figure 6]

FIGURE 6. Size at maturity of bluenose males and females. Individuals included that had at least a classified maturity stage of “early maturing” (Table 1). Red curve represents a generalized linear model (family: binomial) to estimate proportion of individuals, within 2 cm TL bins, that were of this maturity stage or higher (blue cross). BWA = FAO code for bluenose warehou.




TABLE 3. Life history parameters and age (years) and total length (cm; TL) at first (1% of population), 50 and 95% maturity in female and male bluenose.
[image: Table3]

Aged fish spanned a range of 53–128 cm total length and 2–44 years of age. Females typically had LInf (maximum total length) values of around 18 cm greater than males (121 and 103 cm TL, respectively; Figure 4; Table 2).

Stable isotope compositions of bluenose eye lenses generally varied with size, with minimal sex-specific differences (Figure 7). Both δ13C and δ15N values generally increased with body size, but a marked perturbation in the overall increasing trend was observed for both between approximately 30 and 45 cm TL. The magnitude and width of these transition zones differed slightly between sexes, but isotope ratios were correlated throughout life for both females and males (Pearson correlation coefficients; 0.73 and 0.54, respectively). Among-individual variance in δ13C and δ15N values was greatest toward the lens core, representing the earliest juvenile life stages.

[image: Figure 7]

FIGURE 7. Sex disaggregated stable isotope chronologies of eye lenses from 11 bluenose sampled from the McNish and Yakhont seamounts in 2018. Fitted line = generalized additive model.


Across all seamounts bluenose female average total length increased marginally with depth (GLM: F = 9.38, R2 < 0.01, p < 0.01) from 94.4 cm (±9.3) in the shallowest depth range (150–200 m) to 104.7 cm (±7.2) in samples from deeper than 550 m (Figure 8). However, the effect size in females was slight (10 cm TL over 400 m) and potentially skewed by the deepest samples, of which there were few replicates. Male average size did not change significantly across the depth range (84.5 ± 13.7 cm at 150–200 m, compared with 81.6 ± 15.4 cm at 500–550 m). At RSA, the seamount sampled across the broadest depth range, mean length increased from 83.6 cm (±22.0 cm) to 105.5 cm (±6.1 cm) in females (150–200 and 600–650 m, respectively). Male size at depth had non-significant variation even within RSA.

[image: Figure 8]

FIGURE 8. Length distribution at depth (50 m depth bin) in bluenose aggregated across all seamounts (data from individuals caught by longline only to reduce influence of bias in size selectivity between different gears). Points = mean length in depth class ± SD. Point size = number of observations within each depth bin.





DISCUSSION


Survey Catch Rates and Habitat Availability

Survey catch rates of bluenose in the 2017–2018 fishing season were similar between Gough Island and McNish and RSA seamounts, in spite of the lack of previous commercial fishing around Gough (excepting a small amount of intermittent recreational catch during lobster fishing operations). This strongly suggests that the island margin has a lower inherent carrying capacity for bluenose than do the seamounts. It is also possible that differences in local current dynamics meant that the area of attraction was smaller and that areas not well represented by the survey lines (typically the steeper areas) have much higher densities of bluenose. Other species commonly caught around the Gough Island were typically those also represented in survey and commercial catch from elsewhere in TdC, predominately jacopevers (H. mouchezi), rockfishes (Sebastes spp.), and snoek (Thyristes atun). The survey at the Gough Island was intended to provide an indication of the capacity of the island margins, around which commercial fishing for bluenose is prohibited, to support the commercially exploited stocks on the four seamounts. The low catch rates, in spite of the lack of historic fishing, suggest that the islands have a lower carrying capacity and therefore provide more limited support to regional recruitment than might otherwise have been predicted.

The largest seamounts in the TdC EEZ are guyots, characterized by large, flat plateaus, surrounded by steep flanks that descend to more than 3,000 m. These plateaus occur at depths of between 160 m (McNish) to 550 m (Crawford) and the plateaux constitute a disproportionate amount of the total seamount footprint; RSA has a total footprint (to 3,000 m contour) size of approximately 7,530 km2, around 20% of which is comprised of the top plateau (between approximately 350 and 500 m depth). The island margins have similarly steep flanks but no comparable area of submarine plateau. This, we suggest, results in different oceanographic regimes between seamounts and islands that impact the amount of prey and habitat available for demersal species such as bluenose. The waters over the shallowest areas of the Yakhont, McNish, and Crawford seamounts host large aggregations of mesopelagic fish (mostly Maurolicus inventionis; Sternoptychidae; Parin and Kobyliansky, 1996; Morley et al., 2018; Whomersley et al., 2019; Campanella et al., submitted, this issue), an important diet species for bluenose and their prey (Laptikhovsky et al., 2019). At McNish, mesopelagic biomass and CPUE trends showed similar patterns in spatial heterogeneity, and it is likely that variability in both is driven by spatial trends in productivity, which in turn is underpinned by local-scale hydrodynamic force. At McNish Seamount, measures of nautical area scattering coefficient were the highest around the shelf break of the south-west flank (Campanella et al., submitted, this issue; Whomersley et al., 2019), corresponding to the region of the highest CPUE and biomass distribution (interpolated standardized CPUE). These areas in the waters above the seamount features provide important habitat for enhancing local productivity, habitat that is otherwise absent around the islands (Hosegood et al., 2019).

It is possible that island margin topography places constraints upon lateral circulation that limit the horizontal distribution of odor trails, thereby confining the area from which a given line attracts fish to a greater extent than on the seamounts. Variability within seamounts (interpolated CPUE) at McNish and RSA showed similar levels of variation at Gough. At both Gough and McNish, the survey CPUE was highest on the south-west margin, and spatially correlated with indices of mesopelagic biomass (Campanella et al., submitted, this issue).



Life History of Bluenose

We present here the first results on the life history of bluenose from the south Atlantic. Our results confirm findings from elsewhere that bluenose do not typically have strong sex-specific differences in life history parameters (Williams et al., 2017), except in maximum size (Horn et al., 2010). It is not clear, however, to what extent these results were biased by the lack of sampling from deeper water, that is favored by larger individuals. This size-depth relationship however was not apparent in the data from TdC bluenose (Figure 8). Some differences in life history were apparent; females had a greater maximum size (Median LInf was 18 cm larger for females; Table 2) and generally matured later. Similarly, while the oldest fish observed was 44 years old, the history of commercial fishing and the limited sampling in deeper water meant that maximum longevity could be well in excess of this figure for south Atlantic bluenose and comparable to the largest estimates from elsewhere (76 years; Horn et al., 2010). Catches of bluenose in the TdC zone have historically been comprised of a high proportion of young, relatively immature fish (median catch-at-length = 81 cm for males and 87 cm for females). The impact of these removals upon future recruitment trends may however be mitigated by the minimal exploitation on the island margins, or in deeper waters (>600 m) though, as previously stated, there is only very limited information from these areas at present, and less still to suggest that these represent very substantial reserves of biomass.

Ontogenetic variations in stable isotope compositions from eye lens proteins generally co-varied consistently with body size, with close agreement among the 11 sampled individuals. In all sampled fish, δ13C and δ15N values show a marked isotopic perturbation between around 30 and 45 cm TL (Figure 7). We infer that this phase reflects a period of transition from the pelagic environment to the demersal habitat favored by adult fish. These data subsequently helped inform recruitment parameters for the assessment of these stocks and provided an important, fishery-independent measure of minimum recruitment size (i.e., free from factors relating to selectivity of different gears). Recruitment to demersal habitat at around 30-45 cm TL is consistent with observations from other areas where bluenose has been studied (Horn, 1988; Duffy et al., 2000; Fisheries New Zealand, 2018), and with data from fisheries observers (individuals <30 cm TL very rarely observed in catch). There is very limited available information regarding local isotopic baselines from which to infer further on behavioral changes during this period, and diet information exists only for larger fish (Laptikhovsky et al., 2019). Juveniles of other centrolophid species in the Mediterranean largely consumed gelatinous zooplankton and chaetognaths (Battaglia et al., 2014), which are also a common dietary component of adult bluenose around TdC (Laptikhovsky et al., 2019). Distribution and life history of bluenose, and of centrolophids generally, remain very poorly known (Kailola et al., 1993; Williams et al., 2017). The combination of pelagic and demersal ontogenetic phases makes bluenose an interesting, though challenging subject. In related work, we explored the potential for modeling larval dispersal of this species from TdC but concluded that the paucity of information on life-history (e.g., transition between planktonic and nektonic phases, or behavior during nektonic phase) meant that any dispersal model would be too uncertain to be informative for stock management (Heyworth et al., submitted, this issue).



Relationships Between Size and Depth

In other areas where bluenose occurs, there is an observed increase in length with depth (Kailola et al., 1993; Cordue and Pomaréde, 2012). Over the depth range (ca. 150–650 m), we were able to sample on TdC seamounts, there was only a very slight increase in mean size, and only in females. This may be as a result of limited sampling across depths from all seamounts (only RSA was sampled across the full depth range and the change in length over depth was greater than the global average at this seamount). Further, sampling in depths >600 m are important for future efforts to understand and manage this species, which is known from TdC and elsewhere to occur deeper than 1,000 m (TdC Fisheries Dept., commercial fisheries data; Cordue and Pomaréde, 2012).




CONCLUSION

We present the first life history data of bluenose warehou from the south Atlantic, complementing recent work on diet and as part of a broad effort to better understand and manage the fisheries for this species in TdC. The data presented have been of fundamental importance for developing the stock assessment and management of bluenose. Through the work of TdC Government, the UK Blue Belt Program, and their partners, this fishery is now subject to a raft of conservation measures and catch limits, including the prohibition of demersal trawling and the creation of no take zones, to help protect vulnerable species such as cold water corals, deep-sea sharks, and seabirds.
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Mesopelagic fishes were sampled around Tristan da Cunha and St Helena in the South Atlantic from the RRS Discovery at depths down to 1000 m. Sampling was part of the Blue Belt Programme, a marine survey of British Overseas Territories funded by the United Kingdom Government. Thirteen species of mesopelagic fishes identified from 30 specimens were compared with two species (two specimens) collected from rock pools or surface water near the shore. The digestive tracts of all fishes were examined for microplastics. Additionally, one specimen of Opostomias micripnus (Günther, 1878) was analyzed after recovery from the stomach of a commercially fished species, Hyperoglyphe antarctica (Carmichael, 1819). One specimen of Anoplogaster cornuta was found to have ingested a bearded sea devil (Linophryne sp.), a cock-eyed squid (Histioteuthis sp.), a bolitaenid octopus, Japetella diaphana, remains of unidentifiable fish, crustaceans, and possibly salps. These prey items were also examined for microfibres. Both Histioteuthis sp. and Linophryne sp. had ingested fibers and these were considered “ingested particles” for A. cornuta. Neither shallow water dwelling species had ingested microplastics, whilst 11 of the 13 studied mesopelagic species were found to be contaminated. Overall, 66.7% of mesopelagic fishes were found to contain microfibres. Anthropogenic fibers were common especially viscose, a semi-synthetic material which is associated with sanitary products as well as other items.
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INTRODUCTION

Plastic production has continued to increase since its development in the 1970s. In 2018 alone, 359 million tonnes of plastic (not including synthetic fibers) was produced (PlasticsEurope, 2019), with an additional 63 million tonnes of synthetic fibers produced per annum (Lebreton and Andrady, 2019). For many reasons, plastic can enter the aquatic environment, creating a global problem (Shim et al., 2018) which has been recorded in the ocean for decades (Carpenter and Smith, 1972; Carpenter et al., 1972). It is estimated that 5.25 trillion pieces of plastic are floating on the surface of the ocean (Eriksen et al., 2014). Some of this plastic eventually descends from surface waters with the ocean floor proposed as a major sink. Consequently, plastic is increasingly reported in the deep sea, in both sediment and fauna (Woodall et al., 2014; Courtene-Jones et al., 2017; Chiba et al., 2018; Amon et al., 2020; Kane et al., 2020). In the Tyrrhenian Sea, Mediterranean, hotspots of up to 1.9 million microplastics per m2 have been recorded (Kane et al., 2020). Moreover, elasmobranchs caught at 500 m in these waters had a higher prevalence of microplastics in the digestive tract than sharks obtained from other areas (Valente et al., 2019). Since 2001, relatively large pieces of plastic have been found in 60% of the stomachs of lancetfish, Alepisaurus ferox, examined in Madeira (Manuel Biscoito, pers. comm., 2020).

Tristan da Cunha and St Helena are isolated islands with small populations (St Helena: 4800 residents, St Helena Government, 2015; Tristan: 270 residents, Scott, 2017). Respectively, the islands have an area of ca. 96 and 122 km2. The islands steeply descend into deep ocean, reaching depths of 3000 m within a few km of the coast (Scott, 2017). Fishing is the main source of income on Tristan with tourism from cruises and scientific expeditions providing additional revenue (Scott, 2017). As a larger island, St Helena receives more tourism but is also dependent on exporting fish and coffee (St Helena Government, 2015). Dependent on imports of food and resources, St Helena is regularly visited by cargo ships, with many vessels passing through the area (St Helena Government, 2015). Indeed, some of these vessels wreck in the area (Scott, 2017).

Microplastics in the environment are readily ingested by fish. Many articles focus on fishes due to their ease of sampling and consequently the literature is biased toward this group (de Sá et al., 2018). Deep-water species are underrepresented despite being highly abundant (Wieczorek et al., 2018), with the exception of lanternfish (Myctophidae) which are included in several studies (Boerger et al., 2010; Davidson and Asch, 2011; Lusher et al., 2016; Romeo et al., 2016; Wieczorek et al., 2018; Zhu et al., 2019). Regardless of foraging depth and geographical location ca. one third of fishes in any sampled population ingest plastic (Boerger et al., 2010; Lusher et al., 2013; McGoran et al., 2018). But this can vary, with mesopelagic myctophids reported to have contamination levels as low as 11% (Davidson and Asch, 2011; Lusher et al., 2016) whilst other studies have demonstrated ubiquitous contamination in deep-water species (Wieczorek et al., 2018; Zhu et al., 2019). It is therefore hypothesized that between ca. 10 and 30% of fishes sampled will be contaminated with microplastics. It is also hypothesized that active predators will ingest more microplastics than species implementing other feeding strategies due to trophic transfer and biomagnification of microplastics, which has been suggested in the literature (Courtene-Jones et al., 2017; Fang et al., 2018; Nelms et al., 2018).

Although utilizing a small sample size, this study highlights that mesopelagic fishes, which are relatively understudied, can ingest microplastics. The results from the present study provide a valuable insight into the potential impacts in an ecosystem known to be a significant sink for microplastics.



MATERIALS AND METHODS


Sampling

Onboard RRS Discovery, between 11th March and 13th April 2019, pelagic sampling was carried out at night using a 25 m2 rectangular mid-water trawl (RMT25). The RMT25 consists of two nets that can be opened and closed remotely to sample discrete depth layers (e.g., 1000–700 m then 700–400 m). The nets were fitted with a reinforced “cod-end” container approximately 10 L in volume, which kept captured animals in good condition. The cod-end had a mesh of 5 mm and the net was divided in three with a 10 mm mesh near the cod-end and a 19 mm mesh toward the mouth of the net. Net hauls were undertaken on a total of 44 occasions around the islands of the Tristan da Cunha and St Helena (Figure 1) and their associated seamounts at depths between 0 and 1000 m. Stomachs had previously been removed from specimens of Hyperoglyphe antarctica (Carmichael, 1819) caught commercially by the Tristan da Cunha fishery. These were frozen and then later collected from Tristan during the cruise for examination onboard the RRS Discovery. The gut contents used in the present study came from an individual caught near Yakhont Seamount using a demersal longline at a depth of around 400 m (Laptikhovsky et al., 2020). Opportunistic sampling of shallow water fishes was undertaken, though this was outside the scope of the expedition and was not the focus of the present study.
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FIGURE 1. Trawls (marked as orange dots with white borders) were conducted in the South Atlantic off St. Helena and Tristan da Cunha. A total of 44 trawls were implemented. One fish (Gaidropsarus novaezealandiae) was also collected from a rockpool on Tristan da Cunha and another (Patagonotothen guntheri) was caught in surface waters near the Falkland Islands.




Material

A total of 30 South Atlantic mesopelagic fishes comprising 13 species were examined including: Anoplogaster cornuta (n = 2, active predator), Argyropelecus gigas (n = 1, planktivorous), Borostomias elucens (n = 1, active predator), Chauliodus sloani (n = 4, active predator), Ectreposebastes imus (n = 2, planktivorous), Idiacanthus atlanticus (n = 1, active predator), Lampanyctus australis (n = 4, planktivorous), Macrouroides inflaticeps (n = 1, benthic feeder), Melanonus zugmayeri (n = 1, planktivorous), Serivomer beanii (n = 6, planktivorous), Sigmops elongatus (Günther, 1878) (n = 5, active predator), Snyderidia canina (n = 1, planktivorous), and Opostomias micripnus (Günther, 1878) (obtained from the stomach of H. antarctica) (n = 1, active predator). In addition, two fishes collected from surface waters near the shore at Tristan da Cunha and the Falkland Islands were chosen for comparison, namely Gaidropsarus novaezealandiae (n = 1, feeds on amphipods in shallow water) and Patagonotothen guntheri (n = 1, feeds on small amphipods in shallow water).

For this study the above species were examined for microplastics (Supplementary Table 1) before being deposited in the collections of the Natural History Museum, London along with the other specimens caught during the Discovery survey.



Contamination Controls

For all laboratory work, a clean cotton laboratory coat and non-sterile, single-use gloves were worn. Work areas were cleaned prior to processing with filtered (32 μm nylon mesh) industrial methylated spirit (IMS, 80%). Equipment was rinsed with filtered IMS prior to dissection and in between samples. Scalpels, forceps, scissors, and mounted pins were inspected for plastics under a Leica MZ 6 microscope prior to use. Filtered (32 μm nylon mesh) distilled water was used to prepare a potassium hydroxide (KOH, 10%) solution, which was kept in glass bottles that had been rinsed three times with filtered distilled water.

Airborne contamination was recorded by empty Petri dishes placed next to samples at all stages of processing. These controls were implemented one per day dissecting or searching. Searching and dissection controls were always collected separately (i.e., a separate blank for each process). Instead of removing an average across all controls during dissection or searching, an average was collected per session. For example, if 10 fish were dissected in one session, one tenth of the recorded contamination, rounded to the nearest whole number, would be removed from the total number of items recorded for each individual in that session. This was repeated for all sessions. Procedural blanks of filtered distilled water were implemented during digestion. An average number of items resulting from contamination was recorded across digestion controls and the appropriate value removed from the counts for samples.



Plastic Extraction

Fish samples were identified on board RRS Discovery and initially preserved in 5% formalin before being transferred to 70% ethanol for long-term storage. Prior to dissection, standard length, to the caudal peduncle (to nearest mm), total length, to the end of the caudal fin (to nearest mm) and mass (Ohaus ranger 3000 balance, nearest 0.1 g) were recorded. The entire digestive tract was carefully removed through a small incision in the ventral surface and sectioned along its length to reveal any intact prey items which were then also examined for microplastics. Prey items and the digestive tract were placed in separate 15 ml Falcon tube. Twice the volume of 10% KOH compared to the sample volume was added to the tube and heated at 60°C overnight. The solution was filtered through a 32 μm nylon mesh with a vacuum pump. The tubes were rinsed with filtered distilled water a minimum of three times or until all visible material had been removed. Filters were stored in glass Petri dishes and dried at 60°C. Subsequently, filters were examined under a Leica MZ 6 microscope using mounted pins and forceps under 16–64 times magnification with a detection limit of 32 μm. The morphology, including shape and color, of all recovered items was described, and items measured (length and width) using ImageJ. Morphology was informed by Rochman et al. (2019) and Lusher et al. (2020).



FTIR Spectroscopy

FTIR spectroscopy is well documented for microplastic analysis (Lusher et al., 2017). Analysis of plastic pieces recovered from Sigmops elongatus, Lampanyctus australis, Ectreposebastes imus, Chauliodus sloani, and Borostomias elucens was undertaken using a PerkinElmer Spectrum One FTIR spectrometer, with an AutoIMAGE FTIR Microscope System PerkinElmer attachment. All fibers from fish were individually analyzed. A background spectrum was made before analysis and updated between samples. A total of 16 scans were collected for each item, with the average result being used to generate an absorption spectrum between 500 and 4000 cm–1. The output was visually compared to the “NHM Plastic Collection” spectra library. All the samples from the other fish species were analyzed with a Nicolet iN10 MX Infrared Microscope in OMNIC Picta. Absorption spectra were collected with an MCT-A detector over 16 scans at a resolution of 4 cm–1 in the range 650–4000 cm–1. The output was visually compared to the “NHM Plastic Collection” spectral library as well as commercially available libraries (Supplementary Table 2). No confidence threshold was used to determine polymer identity; instead, the identity was confirmed visually by the presence of matching key peaks in the spectrum.



Statistical Analysis

Statistical analysis was conducted using R version 3.4.2 with R version R-4.0.3 (R Core Team, 2020). Statistical analysis was limited due to the small sample size. To compensate for this, species were grouped into the feeding types (n = 4) listed above (see section “Material”), which included a separate group for shallow water fishes. This allowed for comparison with the mesopelagic groups. Plastic ingestion between feeding type was compared with a generalised linear model (GLM) with negative binomial error distribution (p-value threshold <0.05). Feeding type and standard length were included in initial models and factors were removed in a stepwise manner if not significant as determined by p-values. Models were also compared with Akaike information criterion (AIC) numbers to find the optimal fit. The model with the lowest AIC score was considered the best fit. Packages “multcomp” (Hothorn et al., 2008), “mvabund” (Wang et al., 2020), “lme4” (Bates et al., 2015), and “ggplot2” (Wickham, 2016) were used for analysis.
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RESULTS

Contamination controls contained on average one blue fiber, one clear fiber, one black fiber, <1 clear film, and <1 purple fiber per fish processed. Objects in samples matching those from contamination controls were removed for all fish. All potential plastics recovered from fish were analyzed by FTIR. Spectroscopy produced identifiable spectra for 45 items. Viscose was the most common material identified (51.1%), with cotton fibers also abundant (35.6%). The remaining items matched polyester (8.9%), with one item producing a match with calcium carbonate, one matching tissue and another matching wool. After accounting for contamination, 62.5% of individuals (n = 20 of n = 32) contained items in the GIT, with an average of 1.3 ± 2.2 SD pieces per fish. Overall, 73.3% of species (n = 11 of n = 15) were contaminated with microplastics. Length was not a significant factor influencing microplastic ingestion (GLM, p > 0.05) whilst feeding type was significantly different (GLM, p < 0.05). On average, active predators ingested 2.1 ± 3 SD microplastics compared to 0.8 ± 0.9 SD microplastics is planktivores, 1 ± 0 SD in benthic feeders and 0 ± 0 SD in shallow water species. Limited sample size restricts the conclusions which can be drawn from this analysis, but indicates possible trends for future study. Figure 2 depicts all recorded values of plastic ingestion and demonstrates that Anoplogaster cornuta and B. elucens ingested the most plastic on average, however, both are only represented by one individual. Both species are active predators, which ingested more microplastics on average than other feeding types (Figure 3). One individual of A. cornuta was found to have ingested a bearded sea devil (Linophryne sp.), a cock-eyed squid (Histioteuthis sp.), a bolitaenid octopus, Japetella diaphana, remains of unidentifiable fish, crustaceans, and possibly salps, almost certainly an example of “net feeding.” Both Linophryne sp. and Histioteuthis sp. had ingested fibers, one and eight items, respectively, and these were considered “ingested particles” for A. cornuta. A total of seven colors and three shapes of plastic were recovered: blue fiber, blue film, blue fragment, black fiber, gray fiber, red fiber, clear fiber, white fiber, and purple fiber. Microplastics were 97.4 μm to 16.9 mm in length and 7.5 to 92.3 μm wide. Fibers were the most abundant form of microplastics (93%) and blue was the most common color of plastic (39%) followed by black (28%).
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FIGURE 2. The number of fibers ingested by 13 mesopelagic fish species and two species collected from rockpools and surface waters (Gaidropsarus novaezealandiae, Patagonotothen guntheri). Gray points represent data for individual fish whilst black dots are the mean with whiskers of ± one standard deviation.
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FIGURE 3. The number of fibers ingested by four distinct groups of species separated by their feeding type. Gray points represent data for individual fish whilst black dots are the mean with whiskers of ± one standard deviation. Active predators include: Borostomias elucens, Anoplogaster cornuta, Chauliodus sloani, Sigmops elongatus, Opostomias micripnus, Idiacanthus atlanticus; benthic feeders: Macrouroides inflaticeps; planktivorous species: Ectreposebastes imus, Lampanyctus australis, Argyropelecus gigas, Melanonus zugmayeri, Snyderidia canina, Serivomer beanii; non-mesopelagic species collected from rockpools or surface waters: Gaidropsarus novaezealandiae, Patagonotothen guntheri.




DISCUSSION

A greater proportion of fishes were contaminated than expected, e.g., 62.5% compared to a third of fishes hypothesized to have ingested microplastic). Many factors, for example, foraging location can influence plastic exposure. Davidson and Asch (2011) noted that vertically migrating fishes (including myctophids) ingested higher concentrations of plastic than non-vertically migrating species from the same area, indicating that feeding depth significantly impacted plastic exposure. But the same was not observed by Lusher et al. (2016), Wieczorek et al. (2018) or Zhu et al. (2019), who all found no significant difference in ingestion with depth. Sathish et al. (2020) proposed proximity to anthropogenic sources of contamination has greater influence, with epipelagic fishes living in coastal waters exposed to more plastic than mesopelagic species as they were closer to wastewater outfalls. Yet, in the present study, two species collected from shallow water, which therefore might be expected to be feeding on local sources of plastic pollution, had not ingested any microplastics.

Feeding strategy can also impact plastic ingestion as seen in the present study. Two species ingested more plastic than the others studied: A. cornuta and B. elucens. Both are active predators, as are C. sloani and Sigmops elongatus. These predators feed on relatively large prey, such as fishes, cephalopods and crustaceans (Battaglia et al., 2018; Luna and Sampang-Reye, 2020; Torres and Kesner-Reye, 2020), with C. sloani preying almost exclusively on fishes, including myctophids, gonostomatids and other stomiids (Williams et al., 2001; Battaglia et al., 2018), all represented in the present study. Indeed, one of the two studied A. cornuta specimens was found to have ingested an octopus, squid and anglerfish. It is clear that plastic can potentially be transferred from prey to predator, with A. cornuta ingesting at least two contaminated prey items. This has also been reported in the literature (Courtene-Jones et al., 2017; Fang et al., 2018; Nelms et al., 2018). Other species feed on smaller prey, e.g., E. imus feeds primarily on amphipods and shrimp (Luna and Ortañez, 2020) and L. australis on zooplankton, such as copepods and euphausiids (Williams et al., 2001). Planktivorous fishes may selectively feed on plastic that resembles their prey (Boerger et al., 2010; Ory et al., 2017). Often blue plastic is targeted, as was seen by Ríos et al. (2020). The same study reported that smaller fishes ingested more plastic than larger individuals. It is possible that these fish, which might be feeding on smaller prey, could actively ingest plastic through mistaken identity. It is also possible that suction feeding (e.g., M. inflaticeps) could cause plastic ingestion with prey capture (Bermúdez-Guzmán et al., 2020). Some studies, however, demonstrate that feeding mechanics is not a significant factor (Sathish et al., 2020). If a larger sample size was available, other factors might need to be investigated to further determine why some species may be more affected than others. It is likely that microplastics are ubiquitous in the marine environment and small enough that all fishes are exposed.

Few studies have investigated plastic pollution in the South Atlantic, with most studies focussed on the coasts of South Africa and South America. In Brazil, chips of paint and fragments of fibers, thought to have originated from fishing vessels, were found in the surface water (Ivar do Sul et al., 2014). Fishes from Argentina were also contaminated and had ingested an average 1.6 microplastics, mostly fibers, per gram wet weight (Ríos et al., 2020). On the South African coast, sub-surface water samples contained microfibres, mostly semi-synthetic polymers (Kanhai et al., 2017). These fibers were though to have originated from clothing, fishing gear and ropes. Commercial fishes in the area had consumed microplastics. In total, 87% of fishes were contaminated and contained 3.72 ± 2.73 items per fish (Sparks and Immelman, 2020).

South Africa is one of the greatest contributors to ocean plastic globally (Ryan, 2020) and models of plastic release predicted that a third of plastic released there is exported to the open ocean. Low density polymers were carried to the Atlantic (e.g., 80% of low density plastic released from Cape Town) and high density polymers accumulated on the continental shelf (Collins and Hermes, 2019). The model did not include tides, wave action or vertical mixing and thus beached plastic may be resuspended and high density polymers may not sink as rapidly as proposed. Models have predicted that more plastic should be beached than has been recovered. Thus, resuspension is an important consideration (Ryan, 2020). As well as currents, plastic can be transported to remote environments by animals, such as seabirds which can feed great distances from where they roost and breed. Large colonies of seabirds, such as albatrosses, are present on Tristan (Scott, 2017). Plastic does not remain bouyant indefinitely and the seafloor is often considered the final sink for plastic (Ryan, 2020). Additionally, seamounts can increase the retention and accumulation of plastic debris (Woodall et al., 2015) and many seamounts surround Tristan (Scott, 2017). Similarly, wrecks surrounding the islands could be trapping plastic as well as being a potential source. This could expose mesopelagic fishes to more microplastics than surface-dwelling species.

It can be difficult to distinguish cellulosic fibers with FTIR, those identified in this present study most commonly matched viscose in the spectral library. Viscose is a semi-synthetic fiber consisting of modified cellulose. Whilst primarily consisting of organic, plant-based material its production is not always sustainable, can result in chemical pollution and the end product does not biodegrade in all environments, including landfill (Council of Fashion Designers of America (CFDA), 2016). The material is used in both the fashion textile industry (Changing Markets Foundation and The Forest Trust, 2018) and in sanitary products (Always, 2020; Bodyform, 2020). Landfill on St Helena could be a source of plastic runoff into the marine environment. Few recycling facilities are available on the island and a large amount of waste is sent to landfill, 10% of which is plastic (St Helena Government, 2015).

As in many studies, fibers were the most common microplastics recorded here. In most studies in the Atlantic, fishing gear and ropes are thought to be main source of plastic in the Atlantic. Indeed, Monteiro et al. (2018) reported that fishing gear was commonly recovered from island shorelines. Longline and rock lobster fishing are major sources of income in the Tristan da Cunha island group (Scott, 2017) and could be a major source of fibers in the environment. It is also an issue for the seabirds colonizing Tristan and the surrounding islands, which are often fatally entangled in longlines (Scott, 2017). Yet, in the present study, nylon and polypropylene, polymers commonly used in the fishing industry were not recovered. Polyester, however, was and a possible source could be effluent from washing machines on the island and mainland. Washing machine outfalls release average of between 700 thousand fibers (Napper and Thompson, 2016) and 6 million fibers (De Falco et al., 2018) per 5–6 kg load. Estimates even reach as high as 13 million fibers per kg of washing (Sillanpää and Sainio, 2017). Fortunately, wastewater treatment plants can recover 95% of fibers (Talvitie et al., 2017) preventing the direct release of many fibers into the environment. Accumulations of fibers, not recovered during treatment, still enter the environment and the sludge from treatment which retains many fibers is often used as fertilizer on agricultural land and run off from fields to water courses is still possible (Hurley et al., 2018). The introduction of improved filters in washing machines and treatment plants may reduce this source of contamination.

Additionally, billions of feminine hygiene products and wet wipes are flushed down toilets and can enter aquatic environments (O’Neill, 2019; McCoy et al., 2020; Women’s Environmental Network., 2020) and rapidly fragment (Williams and Simmons, 1996). The resulting fibers can be ingested (McCoy et al., 2020; McGoran et al., 2020). The authors recommend that communication between producers and consumers be improved, perhaps through improved product labeling.

Whilst there are attempts to remove plastic waste from aquatic environments (e.g., McCarthy and Sanchez, 2019; The Ocean Clean Up, 2020) there are concerns over the impact on organisms as a result of these techniques. Certainly, filters capable of retaining microplastics have the potential to trap and remove plankton; thus, having a cascade effect through the food chain. In short, stopping plastic at the source is a more effective and attainable target for management.

Microplastics can affect different levels in an ecosystem, from cellular impacts and individual mortality to population wide effects (Galloway et al., 2017). Once ingested, microplastics can cause physical and chemical damage, with additives and adsorbed persistent organic pollutants (POPs) potentially leaching into tissues (Moore, 2008; Wright et al., 2013). Reviews by Lusher et al. (2017) and Foley et al. (2018) have noted that microplastic ingestion can negatively impact growth, immune response, food consumption, fecundity and energy levels as well as having generational effects. The effects, however, varied between taxa. The growth and feeding rate of juvenile fishes are negatively impacted by exposure to microplastics (Critchell and Hoogenboom, 2018). Studies on the effects of microplastic ingestion have focused on microbeads despite the abundance of fibers, such as those recorded in the present study, in the environment. Ziajahromi et al. (2017) demonstrated that microfibres cause greater detrimental effects than microbeads. Additionally, POPs leached from microplastics can have additional effects such as endocrine disruption (Wright et al., 2013; Lusher et al., 2017). Moreover, if plastic ingestion causes mortality in lower trophic level organisms, thereby affecting prey abundance, there may be broader implications for oceanic food webs (Foley et al., 2018; Nelms et al., 2018). Indeed, if commercial species of fish ingest microplastics there is the potential for reduced growth and fitness to adversely affect the quality of the product and potentially pose a risk to human health.



CONCLUSION

Microfibres are abundant in the marine environment and persist at great depths below the surface. These fibers are readily ingested by mesopelagic fishes and their prey and have the potential to pass plastic to larger predators if they are then consumed. Thus there is the risk that commercial species of fish may be contaminated with microplastics or the chemicals associated with them. As yet, management of microplastic waste is insufficient to prevent leaks into the environment with the consequence that many remote habitats are impacted.
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Climate change is already affecting the distributions of marine fish, and future change is expected to have a particularly large impact on small islands that are reliant on the sea for much of their income. This study aims to develop an understanding of how climate change may affect the distribution of commercially important tuna in the waters around the United Kingdom’s Overseas Territories in the South Atlantic. The future suitable habitat of southern bluefin, albacore, bigeye, yellowfin and skipjack tunas were modelled under two future climate change scenarios. Of all the tunas, the waters of Tristan da Cunha are the most suitable for southern bluefin, and overall, the environmental conditions will remain so in the future. Tristan da Cunha is not projected to become more suitable for any of the other tuna species in the future. For the other tuna species, Ascension Island and Saint Helena will become more suitable in the future, particularly so for skipjack tuna around Ascension Island, as the temperature and salinity conditions change in these areas. Large marine protected areas have been designated around the territories, with those in Ascension and Tristan da Cunha closed to tuna fishing. Although these areas are small relative to the whole Atlantic, these model projections could be useful in understanding whether this protection will benefit tuna populations into the future, particularly where there is high site fidelity.

Keywords: conservation, distributions, modelling, Overseas Territories, shifts, tuna, climate change


INTRODUCTION

For island countries and territories, fisheries are important for livelihoods, food, and government income (FAO, 1999). Globally, modelling suggests that fisheries catches will be redistributed this century with climate change, with decreases in the tropics, and increases in abundance in temperate areas (Cheung et al., 2010). Despite these increases, this might not result in an increase in revenue, if low value fish dominate. There is projected to be a global reduction in fisheries revenue with 89% of countries seeing a decline in their maximum revenue potential by 2050 under the high emissions scenario (RCP8.5) (Lam et al., 2016). Species distribution models project that marine species globally will shift polewards by an average of 72 km per decade (Poloczanska et al., 2013). Focusing on tuna distributions, 20 out of 22 stocks have shifted poleward between the 1950s and 2000s and temperate tunas are projected to shift further poleward in the future (Erauskin-Extramiana et al., 2019).

Tuna are highly valuable fish species and widely fished in the South Atlantic within and adjacent to the United Kingdom’s Overseas Territories (UKOTs) of Tristan da Cunha, Saint Helena and Ascension Island (RSPB, 2017). Much of the islands’ income comes from the sale of tuna and fishing licences, along with Tristan rock lobster (Jasus tristani) fishing in Tristan da Cunha (Glass et al., 2000). Tuna species caught in waters adjacent to the islands are bigeye tuna (Thunnus obesus), albacore (T. alalunga), yellowfin tuna (T. albacares), skipjack tuna (Katsuwonus pelamis) and southern bluefin tuna (T. maccoyii) (Yates et al., 2019). Climate change is expected to have a large impact on small islands (Nurse et al., 2014), but little is known about how the UKOTs would be impacted under different climate scenarios. This study aims to identify how the important tuna populations may be affected by climate change, to help inform long-term marine management around the islands of the UKOTs.

Tristan da Cunha, St Helena, and Ascension Island share tuna quota with other UKOTs, namely bigeye tuna (1,575 t) and albacore (300 t). There is no quota allocated to the UKOTs for yellowfin tuna or southern bluefin, and there is no limit set for skipjack (CCSBT, 2019a; ICCAT, 2019a). The UKOTs have historically sold licences under Access Agreements with other countries to permit foreign flagged vessels to fish in their waters. Under such agreements, any tuna catches are counted against the national quotas of the licensed vessels. Tuna populations declined by at least 60% on average between 1954 and 2006 because of fishing (Juan-Jordá et al., 2011). Southern bluefin tuna, which has been targeted in Tristan da Cunha, is considered overexploited (CCSBT, 2018) and classified as Critically Endangered (IUCN Redlist, Collette et al., 2011).

In the south Atlantic region around Tristan da Cunha, Saint Helena, and Ascension Islands (Figure 1), there is projected to be an overall increase in fisheries catch potential (Cheung et al., 2010). However, more recent modelling has suggested that there could be a reduction in catch potential in the Saint Helena and Ascension Island Exclusive Economic Zones (EEZ) and a slight increase in the Tristan da Cunha EEZ by the end of century under the high emissions scenario (RCP8.5) (FAO, 2018). However, both of these studies model a large number of species at the global scale; more specific models focusing on certain species and/or smaller regions often provide detailed results of more relevance to local and regional marine management. For example, detailed modelling of tuna in the Pacific has found that skipjack are expected to increase in biomass in the eastern Pacific, with some countries and territories seeing an increase in tuna in their EEZs, and therefore a potential increase in licence income from foreign vessels and local economic opportunities (Bell et al., 2013).


[image: image]

FIGURE 1. Location map of the EEZs of the UK Overseas Territories in the South Atlantic.


While variations in habitat suitability driven by climate change and the subsequent changes in distribution of marine species are important in fisheries management, they are also vital in planning marine protection strategies. Changing environmental conditions can cause species to shift away from areas that were originally designed to protect them, such as the Plaice Box in the North Sea (Van Keeken et al., 2007). Conversely, an endangered or threatened species may move into an area that was originally protected for another purpose. When designing management measures for a protected area, managers may wish to consider any commercially valuable species either currently present or which may enter that area in the future. For the UKOTs, in considering any proposed fishing restrictions or marine protection strategies, it is important to take into account the future distributions of the commercially important tunas.

To improve conservation planning, the future distributions of a species under climate change, and the biogeography of species and their environment must be considered (Hannah et al., 2002). Species distribution models are increasingly being used to understand how species might change their distributions in a changing environment (e.g., Cheung et al., 2011; Jones et al., 2012; Muhling et al., 2015; Rutterford et al., 2015), and such studies have been used to inform marine monitoring and management (e.g., Jones et al., 2013; Townhill et al., 2018). There are many different techniques which can be used to train these models, with different benefits and limitations, and one of the best ways to take account of modelling robustness and uncertainty is to use an ensemble of models (Jones et al., 2012). By using a number of models and a range of projections, different outcomes and an estimate of uncertainty can be incorporated into management decisions.

This study aims to determine how habitat suitability of tuna may change in the future in the waters of the UKOTs. An ensemble of four species distribution models, and two different climate change scenarios are used to explore the uncertainty in habitat suitability for each species.



MATERIALS AND METHODS


Climate Data

To build and test the model under present day conditions, sea surface temperature and sea surface salinity were obtained from the Met Office Hadley Centre coupled Earth System Model HadGEM2-ES (Collins et al., 2008). Sea surface variables were chosen in the models because in the deep Atlantic Ocean, pelagic fish are more exposed to these than the near bed conditions. This model was used for the Coupled Model Intercomparison Project 5 (CMIP5) Fifth Assessment Report of the Intergovernmental Panel on Climate Change (IPCC) simulations. The ocean component has a 1-degree horizontal resolution (increasing to 1/3 of a degree at the equator), and 40 vertical levels. The model outputs are not a regular grid, and so were re-gridded to a regular 0.25-degree grid globally using bilinear interpolation in R statistical software Version 3.5.3 (R Core Team, 2013). 0.25 degrees was chosen as it is intermediate between the more detailed bathymetry to be captured in the species distribution models, and the lower resolution climate projections. Models were trained on the present day time period, with the variables averaged over the period between 2005 and 2018. For the future projections two time slices were chosen, averaged over 20 years to account for climate variability, and centred on 2050 and 2080. We considered two future carbon emissions scenarios, the Intergovernmental Panel on Climate Change (IPCC) Representative Concentration Pathway (RCP) 4.5 and RCP 8.5. These represent a medium emissions, high mitigation, and a high emissions, low mitigation future, respectively.

Depth data used was the General Bathymetry Chart of the Oceans (GEBCO), produced by the International Hydrographic Organisation (IHO) and the United Nations (UNESCO) Intergovernmental Oceanographic Commission (IOC). This was downloaded at 0.25-degree resolution from Nasa Earth Observations (NEO, 2019). The environmental data (sea surface temperature, sea surface salinity and depth) were then split into two datasets: one for the whole globe, and one for only the southern hemisphere, to be used in the species distribution models.



Species Data

The species modelled here were bigeye tuna, yellowfin tuna, albacore tuna, southern bluefin tuna and skipjack tuna. For all of these species, occurrence data for the training period (2005–2018) was obtained from Ocean Biogeographic Information System (OBIS) (for citations see Supplementary Material 1) and the Global Biodiversity Information Facility (GBIF) (GBIF.org, 2019a,b,c,d). For southern bluefin tuna which had less presence data on OBIS and GBIF, additional presence data for this time period was obtained from the Commission for the Conservation of Southern Bluefin Tuna (CCSBT, 2019b). The species data were cleaned for any mis-recordings of data, such as records on land, and duplicates were removed, using R statistical software (R Core Team, 2013).

Depending on their distribution, the species’ habitats were either modelled globally (i.e., albacore, bigeye, skipjack and yellowfin tuna) or only in the southern hemisphere (southern bluefin tuna). It is important that habitat suitability models are constrained to areas a species is likely to reach, so that absences reflect environmental unsuitability and not the effect of biogeographic barriers.



Species Distribution Modelling

An ensemble of species distribution models was used, comprising Maxent (version 3.4.1; Phillips et al., 2019), run directly through the Maxent user interface, Generalized Additive Models (GAM; Hastie and Tibshirani, 1990), Generalized Linear Models (GLM; McCullagh and Nelder, 1989), Random Forest (RF; Brieman, 2001) and Generalized Boosting Models (GBM) (Ridgeway, 2020), which were trained using the Biomod2 (Thuiller et al., 2016) package in R. Artificial Neural networks were also trained, but these did not perform sufficiently well (low Area Under the Curve value, see below) and so were discounted. In each case 10 replicates were performed, and 10 permutations to estimate variable importance. Pseudo-absences were generated using Biomod2, with 1000 absence records created per species, selected randomly within the background dataset. 70% of the data was used for training, and 30% for testing for model fit. All other values were set to the default in Biomod2. The Area Under the Curve (AUC) score used to discount any models with a score less than 0.8. The AUC value is bounded between 0 and 1, with 1 being the best fit. The 0.8 threshold was chosen for good model performance based on Mercks et al. (2011) who reviewed habitat suitability models, and the Biomod manual (Thuiller et al., 2009). These types of models are subject to autocorrelation, because of the bias in the presence data sampling. As such, the threshold is considered a guide to robustness rather than an absolute value, and so expert judgement is also needed. The variable importance for each model was also determined.

Maxent estimates the probability distribution of a species based on the environmental variables entered in the model, by finding the constraints that each environmental variable applies which lead to a distribution of the species which is as uniform as possible (the maximum entropy; Phillips et al., 2006). GLMs are similar to simple multiple regressions but provide error distributions which do not need to be normal (McCullagh and Nelder, 1989). GAMs build on the strengths of a GLM, but have smoothers that generalise the data into smooth curves by fitting sections of the data (Hastie and Tibshirani, 1990). They can be useful when fitting non-linear data. RF and GBMs are techniques based on classification trees, built by splitting and partitioning the data repeatedly, based on the explanatory variables, that lead to the most homogenous split (in our case, the best separation of species presences and absences). For RF trees are trained on bootstrap samples of the data, with an additional level of variation induced by selecting the environmental variable of each split within a randomly chose smaller subset of all the variables (Brieman, 2001). In the case of GBMs a succession of trees is trained on reweighted versions of the original dataset, each assigned more weight to the case misclassified by the previous trees. The final prediction is the weighted average across the trees (Ridgeway, 2020).

For each model output, the total habitat suitability for the Tristan da Cunha, Saint Helena, and Ascension Island Exclusive Economic Zones (EEZ) were determined for the present day, for 2050 and 2080, for each RCP scenario, and the percentage change calculated.



RESULTS

For all species, the projected change is higher in 2080 compared with 2050. For the most part the changes are higher under the high emissions scenario RCP8.5 compared with the medium emissions scenario RCP4.5, but this varies across the different models (Tables 1–3). The largest projected changes are around Ascension Island, with smaller changes in the other territories.


TABLE 1. The projected changes in habitat suitability in the Tristan da Cunha EEZ for each species, for each model.
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TABLE 2. The minimum, median and maximum projected changes in habitat suitability in the St Helena EEZ for each species, for each model.
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TABLE 3. The minimum, median and maximum projected changes in habitat suitability in the Ascension Island EEZ for each species, for each model.

[image: Table 3]For southern bluefin tuna, in the present day, the most suitable habitat is found between 20°S and 45°S, with this projected to expand southwards by the end of the century (Figure 2). This area, to the north of Tristan da Cunha and south of Saint Helena is where historically southern bluefin tuna have been fished, but are no longer present. Of the three territories, Tristan da Cunha is the most suitable for southern bluefin tuna, with low suitability in Ascension or Saint Helena, both now and in the future. In the future, the models project either no change or a slight decrease in suitable habitat in the Tristan da Cunha EEZ, although it will still remain suitable.
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FIGURE 2. The habitat suitability for southern bluefin tuna from Maxent in the South Atlantic for the present day and the change to 2080 under RCP4.5 and RCP8.5. The EEZs are shown in the black outline. The yellow areas are the most suitable, and the dark blue the least suitable.


Suitable habitat for albacore, bigeye, skipjack and yellowfin tunas is found further north than for southern bluefin (Figures 3–6). The EEZs of Saint Helena and Ascension Island are the most suitable for these species. Tristan da Cunha is toward the edge of their suitable habitat, and this only slightly increases toward the end of the century, under both climate scenarios, but remains very low. Habitat suitability for these species is projected to increase around Saint Helena and Ascension Island in the future. Suitable habitat will increase, especially for bigeye and yellowfin tuna around Ascension Island and Saint Helena, with much of the South Atlantic between 0° S and 25° S being suitable (Figures 4, 5). For skipjack tuna, there is projected to be a large increase in suitable habitat around Saint Helena and Ascension Island, and this will increase further in Saint Helena.
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FIGURE 3. The habitat suitability for albacore tuna from Maxent in the South Atlantic for the present day and the change to 2080 under RCP4.5 and RCP8.5. The EEZs are shown in the black outline. The yellow areas are the most suitable, and the dark blue the least suitable.
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FIGURE 4. The habitat suitability for bigeye tuna from Maxent in the South Atlantic for the present day and the change to 2080 under RCP4.5 and RCP8.5. The EEZs are shown in the black outline. The yellow areas are the most suitable, and the dark blue the least suitable.
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FIGURE 5. The habitat suitability for yellowfin tuna from Maxent in the South Atlantic for the present day and the change to 2080 under RCP4.5 and RCP8.5. The EEZs are shown in the black outline. The yellow areas are the most suitable, and the dark blue the least suitable.
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FIGURE 6. The habitat suitability for skipjack tuna from Maxent in the South Atlantic for the present day and the change to 2080 under RCP4.5 and RCP8.5. The EEZs are shown in the black outline. The yellow areas are the most suitable, and the dark blue the least suitable.


The projected changes for each model are shown in Tables 1–3. These show that the different models can project different rates of change into the future, but in general they agree in the direction of the change (i.e., increase or decrease) in suitable habitat. The lowest projected changes are given by the GLM, and the highest by the Random Forest. More consistent projected changes are given across Maxent, GAM and GBM.

All five models has AUC values greater than 0.85, with the majority above 0.90 (Table 4), showing a good model fit and well above the threshold of 0.80, considered to be a suitable model. Sea surface temperature and salinity had the highest contribution of all of the variables for all species, with general agreement between models (Table 5). Salinity was the most important for albacore and bigeye tuna, temperature for southern bluefin tuna and yellowfin tuna. For skipjack tuna, most models determined salinity to be the most important variable, while Maxent determined it to be temperature. The response curves for Maxent, showing the predicted presence based on each variable, are shown in Supplementary Material 2.


TABLE 4. AUC values of the species distribution models.
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TABLE 5. The importance of each variable in the different species distribution models. The variable with the highest contribution to the model is highlighted in grey.
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DISCUSSION


Future Distributions

The waters around Ascension Island and Saint Helena are projected to become more suitable for albacore, yellowfin, bigeye, and skipjack tuna toward the end of the century, and especially so for skipjack tuna in Saint Helena. In Tristan da Cunha, suitability will remain low for albacore, yellowfin, bigeye and skipjack tuna in the coming century, since they have a more northerly distribution. The EEZ is projected to remain suitable overall for southern bluefin tuna.

A recent modelling study found that for the EEZs of Saint Helena, Ascension and Tristan da Cunha, the abundance of albacore, skipjack and yellowfin tuna would increase toward the end of century, but that southern bluefin and bigeye would decrease in abundance (Erauskin-Extramiana et al., 2019). The areas projected to change in the South Atlantic broadly agree with the present study, with the exception of bigeye tuna, which was projected to decrease across most of the central and southern Atlantic. It is difficult to identify why there might be differences in the projections for bigeye tuna, but this may be because different datasets were used to produce the models. This previous study did not include seafloor depth, which can be an important variable in limiting or determining realised niches, even for pelagic species, and only included Japanese long-line tuna records from 1980 to 1999, in comparison with the presence data from the 21st Century used here. One advantage of the Erauskin-Extramiana et al. study was that it included abundance data, giving projections of future abundance rather than only habitat suitability. It is encouraging that overall these two methodologies have yielded similar results in the wider area. A global study of catch potential changes under climate change scenarios (Cheung et al., 2010), projected that the seas around Ascension Island and Saint Helena would see a small percentage increase in catch potential, but that there would be a larger increase around Tristan da Cunha. A more recent study projected an increase in maximum catch and revenue potential for Tristan da Cunha, but a decrease for Ascension Island and Saint Helena (Lam et al., 2016). These results are not consistent with the present study, looking only at tuna, which projected a greater increase in suitable habitat for tuna in the northern territories. These previous studies included species other than tuna, and considered fisheries catch rather than purely suitable habitat, which might account for these differences.



The Effects of Fishing on Distribution

Species shifts have already happened in past decades for many species globally (Poloczanska et al., 2013) and so the models here were trained using presence data for the period 2005 to 2019. With species subjected to high fishing mortality, especially tuna (Juan-Jordá et al., 2011), their distributions can change as a result of fishing, instead of, or in addition to climate (Last et al., 2010). For example, southern bluefin tuna occurred much further north in the South Atlantic in the 20th Century than in the 21st Century. The CCSBT distribution maps also show that the species was caught further north and over a wider area in the Atlantic in the 1980s (CCSBT, 2018). The species has been overfished in this time (Juan-Jordá et al., 2011), and the distribution has contracted (Worm and Tittensor, 2011), with southern bluefin tuna now estimated to be at only 13% of its original biomass (CCSBT, 2018). The model outputs for the present day show that there is suitable habitat available to the southern bluefin tuna north of Tristan da Cunha, in the same areas of these historical records from before the species was overfished. The presence data suggests that this suitable habitat is not currently occupied, but it is possible that if the species recovers in the future, the population may be able to expand to these areas, back to the distribution of previous decades. Conversely, if fishing pressure increases for any of the species, the populations may contract in existing areas, or may not be able to expand into newly suitable areas. The models here do not include fishing pressure as a variable and as such are unable to predict the effects of fishing on the populations.



Modelling Limitations

Open source databases were used here for the species presence records, along with some additional fisheries data for the less data-rich southern bluefin tuna. Models using such data can be subject to autocorrelation, because of the way that the data sampling can be biased. Caution must therefore be applied when interpreting these species distribution models, and the projected distributions must not be taken as absolute. They are however, of use when considering climate change, as they give managers an indication of the future trends and relative suitability shifts.

Migrations undertaken by the tuna are also not accounted for in the models. For example, juvenile southern bluefin tuna migrate annually between Australia and the Indian Ocean or the Tasman sea, before dispersing across the southern hemisphere, including into the Atlantic (Hobday et al., 2015), where they enter the waters of Tristan da Cunha. Yellowfin, albacore and bigeye tuna have separate spawning grounds to their feeding grounds, with yellowfin tuna migrating between feeding zones in the west Atlantic and the spawning area in the Gulf of Guinea (Fonteneau and Soubrier, 1996). Skipjack show north-south and east-west movements in the Atlantic (ICCAT, 2019b). In this study, each species of tuna has been treated as one single population with the same environmental preferences. In reality, with the exception of southern bluefin tuna, there are a number of populations for each tuna species (Albaina et al., 2013). The International Commission on the Conservation of Atlantic Tunas (ICCAT) treats yellowfin and bigeye tuna as single stocks, while skipjack and albacore are each split into two stocks. There may be different temperature and salinity tolerances between populations or life stages, which are not considered in the models here. In addition, one important aspect which could ultimately determine the climate change impact on the distribution of tuna is the impact of climate change on the spawning and juvenile grounds of these species. The environmental requirements of early life stages can be different to that of adults and so could be considered in further work (Muhling et al., 2015). For example, changes in the Great Australian Bight and the waters around south-western Australia would affect the survival of juvenile southern bluefin tuna (Hobday et al., 2015), ultimately affecting their migrations to, and survival in, the South Atlantic.

The models used a limited number of variables, but the AUC values showed them to be valuable models for representing suitable habitat. There are other factors which affect fish distributions which were not included in the models here, such as prey availability, dissolved oxygen, chlorophyll, and pH. More complex models with higher computing costs could incorporate these variables. Future tuna fisheries catches have been modelled in the Pacific Ocean using the Spatial Ecosystem and Population Dynamics Model (SEAPODYM) model, which incorporates fisheries parameters, results from laboratory experiments and different scenarios of, for example, primary production (Senina et al., 2018). These types of ecosystem models require much larger data inputs but can provide more complex analyses of fish distributions and dynamics.



Management Implications

Tuna stocks globally are subject to high levels of exploitation. Albacore in the South Atlantic are moderately exploited, yellowfin in the Atlantic are nearly fully exploited, and bigeye are over-exploited (ICCAT, 2019b). Southern bluefin tuna are depleted (CCSBT, 2018). In the 2017 stock assessment, southern bluefin tuna were considered to be at 13% of their original biomass, up from 5.5% in 2011 (CCSBT, 2018). The current Total Allowable Catch has a 70% chance of rebuilding the stock to the target biomass of 20% by 2035. As such, in recent years there have been strict restrictions on fishing for southern bluefin tuna, including in the area of Tristan da Cunha. If the stock does rebuild, it may expand into the areas shown by the model as suitable, as described above. Any fishing of the other tuna species within the island EEZs would be subject to ICCAT quotas and other current management measures. The Saint Helena EEZ has been designated as a marine protected area, with tuna fishing only allowed using pole and line (Saint Helena Government, 2016). In 2018, plans were announced to designate at least 50% of Ascension Island’s EEZ as a marine protected area closed to all commercial fishing (Ascension Island Government, 2018). In 2020, the EEZ of Tristan da Cunha was declared a marine protected area (Tristan da Cunha Government, 2020). Tuna fishing has been banned in most of the area, and only small scale fishing is allowed close to the islands. The measures in each of these territories would protect a small area of the South Atlantic Ocean from tuna fishing. As these areas are small relative to the whole range for these species, it is not clear to what extent this protection will rebuild populations. However, recent tagging studies of yellowfin tuna around Saint Helena show that the fish have high site fidelity and do not move far from the Territory (Wright et al., accepted).

It is important to include the effects of climate change in decision making (Pecl et al., 2017), especially when planning marine management over decadal, or longer, time scales, such as planning fisheries management in an area, or a marine protected area. As such, the relatively simple species distribution models used here are highly valuable as they provide information on which species may be available for exploitation, or which could be protected for recovery. The financial and societal implications of fisheries management and marine protection are important considerations for small islands, and therefore understanding the future fisheries potential, with oceans subject to climate change, are essential. The information from these models is part of the evidence base for consideration of spatial management around the UKOTs associated with sustainable tuna fishing. South Atlantic fish stocks, and those of the UKOTs, are subject to, or at risk of overfishing and climate change, but modelling shows that the risk is much lower if fishing can be made sustainable, and greenhouse gas emissions reduced (Cheung et al., 2018).



CONCLUSION

Ascension Island and Saint Helena are projected to become more suitable for bigeye, skipjack, yellowfin and albacore tuna in the coming century. Alongside sustainable management, the newly designated marine protected areas around these territories may afford these species some protection in the future through sustainable management practices adopted by the respective Governments. Overall, the models project that suitable habitat for southern bluefin tuna to decrease slightly around Tristan da Cunha this coming century, but it will still remain more suitable in the future for southern bluefin than for the other tuna species. Suitable habitat is currently very low for albacore, bigeye, skipjack and yellowfin tuna, and although it is projected to increase many times by some of the models, it will remain very low overall. This is supported by previous modelling studies which use different data sources. With southern bluefin tuna populations currently being at such low levels, if the stock is able to recover, abundance may increase around Tristan da Cunha, as well more broadly in the South Atlantic. These models can also support marine management by presenting a snapshot of the future, enabling managers and governments to build resilience in their fisheries and consider which species might be sustainably targeted, or further protected, in future.
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Area coverage of large-scale marine protected areas (MPAs) (LSMPAs, > 100,000 km2) is rapidly increasing globally. Their effectiveness largely depends on successful detection and management of non-compliance. However, for LSMPAs this can be difficult due to their large size, often remote locations and a lack of understanding of the social drivers of non-compliance. Taking a case-study approach, we review current knowledge of illegal fishing within the British Indian Ocean Territory (BIOT) LSMPA. Data stemming from enforcement reports (2010–20), and from fieldwork in fishing communities (2018–19) were combined to explore and characterise drivers of non-compliance. Enforcement data included vessel investigation reports (n = 188), transcripts of arrests (20) and catch seizures (58). Fieldwork data included fisher interviews (95) and focus groups (12), conducted in two communities in Sri Lanka previously associated with non-compliance in BIOT LSMPA. From 2010 to 2020, there were 126 vessels suspected of non-compliance, 76% of which were Sri Lankan. The majority of non-compliant vessels targeted sharks (97%), catching an estimated 14,340 individuals during the study period. Sri Lankan vessels were primarily registered to one district (77%) and 85% operated from just two ports within the fieldwork sites. Social Network Analysis (SNA) showed that 66% of non-compliant vessels were linked by social ties, including sharing crew members, compared with only 34% of compliant vessels. Thematic analysis of qualitative data suggested that perceptions of higher populations of sharks and social ties between vessels may both be important drivers. We discuss our findings within a global context to identify potential solutions for LSMPA management.
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INTRODUCTION

Marine Protected Areas (MPAs) are recognised as a key tool for conserving the ocean (Wilhelm et al., 2014). By limiting anthropogenic activities, particularly in areas of high global ecological importance, they are capable of considerable conservation benefits (Edgar et al., 2014; Baskett and Barnett, 2015). Accordingly, area coverage has rapidly increased globally, substantially bolstered by the designation of large-scale marine protected areas (LSMPAs, > 100,000 km2), which are often located in remote areas (Toonen et al., 2013; O’Leary et al., 2018). Attaining the intended conservation targets for all MPAs is, however, highly reliant on human compliance with policy and management. One example of non-compliance that is well-documented for many MPAs globally is illegal fishing (Carr et al., 2013; Arias et al., 2016; Tickler et al., 2019; González-Andrés et al., 2020).

Characterising non-compliance with MPA measures, including restrictions on fishing, is key for assessing MPA success (Read et al., 2015). Understanding the social context of non-compliance can inform managers about the effectiveness of monitoring and enforcement strategies in deterring non-compliance (Arias, 2015; Arias et al., 2015). It can also be fundamental in ensuring management is capable of anticipating and adapting to non-compliance events, rather than simply reacting to them (Keane et al., 2008; Travers et al., 2019a). Globally, whilst an increasing number of studies consider the magnitude and nature of non-compliance for MPAs, there remains a paucity of empirical research establishing the key social drivers for illegal fishing, particularly for LSMPAs.

Drivers for illegal fishing are often highly context-specific and inherently complex due to the nature of human behaviour (Travers et al., 2019b). A strong economic component is often assumed, which implies that the key objective of the individual fisher is to maximise their individual profits, e.g., by targeting catch of the highest worth (Schmidt, 2005; Le Gallic and Cox, 2006). Accordingly, when deciding to fish illegally, fishers are primarily concerned with weighing up the risk and costs associated with detection, and the potential implications of sanctions, against the expected benefits, making decisions heuristically (Kahler et al., 2013; Battista et al., 2018; González-Andrés et al., 2020). Perpetrators of illegal fishing are also often assumed to have few alternative livelihood options, or be subject to poverty (Duffy et al., 2016). It is increasingly acknowledged, however, that non-compliant behaviours are probably more widely motivated by multiple social factors, including, but not limited to, personal habits, traditional skills or expertise (Mancini et al., 2011), and feelings of trust and legitimacy concerning governance and management (Sundström, 2012; Turner et al., 2016). In addition, it is understood that factors may influence individual fishers differently due to unique behavioural or psychological traits, such as attitudes to risk-taking (Peterson et al., 2017; Battista et al., 2018). Therefore, solely relying on enforcement-led deterrence, often primarily based on economic factors, can fail to identify and mitigate nuanced drivers of non-compliance (Challender and MacMillan, 2014; Challender et al., 2015).

The influence of social factors on non-compliance can be moderated by social networks of resource users (Barnes et al., 2016). Social ties between fishers can influence behaviour through transmission of information, termed as bridging ties, or by increased feelings of trust and transfer of social norms, termed as bonding ties (Alexander et al., 2015). Both direct and indirect social ties guide individuals in how to interpret social norms, such as the acceptability of non-compliant behaviours, within their community (Arias and Sutton, 2013; Battista et al., 2018). Accordingly, influence of social networks on MPA policy and management is increasingly well-documented (Cohen et al., 2012; Alexander and Armitage, 2015; Alexander et al., 2015). However, information about the influence of social dimensions, including the role of social networks, on non-compliance in remote LSMPAs is extremely limited (Gruby et al., 2016; Gray et al., 2017).

Gathering sufficient understanding of social drivers for non-compliance can, however, be particularly challenging in the case of LSMPAs. Logistically, detecting incursions and enforcing MPA policy is often challenging due to the considerable resources needed to effectively patrol such large areas (Toonen et al., 2013; Wilhelm et al., 2014). In addition, many LSMPAs surround sovereignties that have minimal or no resident populations with the main threat of non-compliance originating from foreign fleets (Jones and De Santo, 2016). Policy-makers may have a limited understanding of the social context and perceptions of these foreign fleets (Gruby et al., 2016), making it difficult to adapt MPA policy to social drivers, an important element of mitigating non-compliance (Petrossian, 2015). In addition, it will be harder for policy-makers to adopt alternative approaches that act to influence social norms, such as environmental stewardship and peer pressure, for foreign fleets which they may have minimal engagement with (Arias et al., 2016).

Here, we aim to characterise illegal fishing in a remote LSMPA in the central Indian Ocean, the British Indian Ocean Territory (BIOT), where non-compliance from foreign fleets has persisted since MPA creation in 2010. We address the paucity and inconsistency in available data by combining data from enforcement records with that from fieldwork in Sri Lankan fishing communities known to illegally target the MPA. Firstly, we reviewed current knowledge of illegal activity, including reporting of vessel catch seizures. Secondly, we explored characteristics of non-compliant vessels and fishers, including assessing presence of social ties between fishers using Social Network Analysis (SNA). Finally, we identified factors influencing illegal fishing at a local and national level, by combining qualitative enforcement and community data through thematic analysis. By discussing study findings within the context of current and potential MPA policy, we highlight the importance of combining multiple data sources to gain a holistic insight into the drivers for illegal fishing to manage LSMPAs globally.



MATERIALS AND METHODS


Study Location and Historical Context

Our study focuses on the BIOT MPA, one of the world’s largest no-take MPAs with an area of 640,000km2 (Hays et al., 2020). Located in the Central Indian Ocean, it comprises the islands and atolls of the Chagos Archipelago and since 1973 there has been no resident population, although ∼3,000 individuals support a joint UK and US military base located on the largest island, Diego Garcia (Hays et al., 2020). The MPA is considered of global conservation importance and contains a wealth of biodiversity, including highly vulnerable and endemic marine species (Koldewey et al., 2010; Sheppard et al., 2012). Designated in April 2010, it is a strictly no-take MPA, with no commercial fishing permitted. However, illegal fishing remains a persistent challenge (Martin et al., 2013; Ferretti et al., 2018; Tickler et al., 2019). Non-compliant vessels predominantly stem from the semi-industrial “multi-day” fleet of Sri Lanka, that operate medium-sized (9–15 m) vessels targeting large pelagics such as tuna (Collins et al., 2020), although those fishing illegally in BIOT are thought to primarily target sharks (Moir-Clark et al., 2015). The prevalence of illegal vessels has been previously estimated at 20–120 vessels per annum (Price et al., 2009; Ferretti et al., 2018).

Enforcement patrols of the MPA are conducted by the BIOT Patrol Vessel (BPV) and coordinated by a Senior Fisheries Protection Officer (SFPO), who is employed by MRAG Ltd under contract by the BIOT Administration (BIOTA) of Foreign, Commonwealth and Development Office. Annual activity of the BPV varies in response to perceived spatiotemporal risk of non-compliance, as well as the fulfilment of other services within the MPA, including scientific research support (Jacoby et al., 2020). Once a vessel is sighted in the MPA, an investigation into the nature of its behaviour occurs, typically by boarding of the vessel by the SFPO and crew from the BPV. If sufficient evidence of non-compliance has been collected, sanctions will be pursued, most recently by reporting the vessel to the competent authority of their home country for applications of fines and/or licence revocation (see Supplementary Table 1 for MPA associated policies).



Study Approach

Our study is primarily based on records produced by personnel engaged in monitoring and patrolling the MPA from 2010 to August 2020. All records were supplied by MRAG Ltd, with permission from BIOTA. Primary data types used were reports of boarding of vessels (herein “boarding reports”), transcripts of arrests of fishers (herein “arrest transcripts”) and catch seizures. Enforcement procedures and reporting format changed during the study period and, consequently, the availability of these records and the detail contained within them was highly variable (see Supplementary Table 2 for full description of data types and availability). Findings from these records (herein referred to as “enforcement data”) were contextualised with qualitative data collected during fieldwork in Sri Lankan fishing communities from 2018 to 2019 (herein referred to as “community data”). This fieldwork was conducted as part of wider research aimed at understanding social drivers for non-compliant shark fishing, and the specific methods used included focus groups (as described in Collins et al., 2020) and semi-structured interviews (Collins et al., 2021; see Supplementary Table 2). All fieldwork was conducted, and the use of all data was approved, under ethical permit from the University of Exeter (Ref: eCORN001727 v4.1). Enforcement data and community data were combined together, as represented in Figure 1, and the results of both are presented together throughout the results section. Enforcement data, however, were primarily used to report spatiotemporal occurrence, illegal resource use and extract key characteristics of vessels.
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FIGURE 1. Workflowschematic showing individual steps involved in data collection and processing to characterise and identify drivers for non-compliance in the MPA.


Vessels suspected or confirmed of illegal fishing (herein referred to as “non-compliant”) from 2010 to 2020 stemmed from three countries overall (n = 128 vessels). As 76% (n = 97 vessels) of these were Sri Lankan, this study primarily focuses on this fleet, although vessels from all countries were included for analysis of number and location of illegal events and illegal resource use. Due to the sensitivity of data, any identifying features (e.g., names of fishers, vessels and harbours) have been anonymised throughout. Sensitivities around MPA management and enforcement also prevent analysis and publication of some related data, such as the number of patrol hours, and patrolling effort distribution. This means ascertaining trends in terms of spatiotemporal distribution and magnitude of noncompliance is beyond the scope of this study. Further, we note that decisions to fish illegally by vessel crew may not be taken independently and may be influenced by other actors within fisheries supply chain, however identifying relative influence of different actors is mostly beyond the remit of this study.



Data Processing


Vessel Characteristics

In order to process enforcement data, an entry record was created for each vessel and georeferenced to the location of initial sighting. As not all vessels investigated within BIOT are suspected of non-compliance, each vessel was placed into one of three categories according to their behaviour within the MPA, as follows;

(1) Compliant vessel; investigation uncovers no evidence of non-compliance and vessels are deemed as legally transiting through the MPA, e.g., to reach fishing grounds beyond the MPA

(2) Non-compliant vessel (suspected); investigation uncovers evidence of non-compliance, but insufficient to pursue sanctions. For example, a vessel appears to be exhibiting behaviours typical of fishing activity, such as drifting in known fishing areas or sighted near abandoned fishing equipment, but it is not possible to ascertain whether fish in the hold could have been caught in the MPA

(3) Non-compliant vessel (confirmed); investigation uncovers enough evidence of non-compliance for the vessel to be detained and/or sanctions levied by the flag state of the vessel.

Note that categories two and three (suspected and confirmed non-compliance) are grouped together as “non-compliant vessels” for the purposes of analysis.

For each vessel, we extracted data on key characteristics, such as vessel target species, vessel home port, and whether the vessel was compliant with national fishing regulations (see Supplementary Table 2 for a full list of characteristics). In order to assess whether a vessel was targeting sharks, we took into account presence of specialised gear equipment, notably the presence of wire trace to strengthen long lines, fishers own testimony and the composition of catch onboard. To address inconsistencies in the format and availability of enforcement data, this process utilised all available data types (e.g., a combination of arrest transcripts and boarding reports).

In order to identify social ties between vessels, a descriptive approach was adopted (Alexander and Armitage, 2015). Qualitative data, including fishers’ own testimonies, contained within enforcement data were used to identify ties at the vessel level. Ties were coded against one of four categories that represented all forms of identified ties (as described in Table 1). Adopting this approach means social ties are unverifiable, due to the reliance on pre-existing data, and that it is likely additional ties would be discovered with further research.


TABLE 1. Categories of social ties used for analysis of fisher social networks.
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Catch Data

During the study period, catch data was only available for 58 vessels, primarily due to differences in enforcement protocols and time constraints. In addition, recording format varied and catch was recorded using either specimen number or specimen weight and, in some cases, either a mix of the two or both were used (see Supplementary Table 3 for available catch data). Number of specimens was used more consistently than the weight of specimens (available for 32% and 23% of non-compliant vessels, respectively). Taxonomic identification was also not always possible and catch was reported to different phylogenetic levels. Therefore, we categorised catch against four main high-level taxonomic groups, namely, “reef fish,” “elasmobranch,” “tuna and billfish species,” and “other” (see Supplementary Table 4 for a list of identified species and associated categories). In order to reconstruct catches for these 58 vessels, the average weight of specimens in the reef fish [2.2 − 0.6 SEM (Standard error of the Mean) kg] and elasmobranch (17.4 − 5 SEM kg) categories were then calculated using data from vessels where both weight and catch was present. Only reef fish and elasmobranch categories were reconstructed as they accounted for 94% of all catch (in terms of weight). Finally, in order to provide overall estimates for catch of all non-compliant vessels during the study period, we calculated average catches for vessels, according to their country of origin. By assuming catches are representative, we then multiplied these averages by the total vessel number per country of origin during the study period to obtain estimated total catch.



Data Analysis


Social Network Analysis

Social networks of fishers were constructed with nodes representing individual vessels, and edges (or links) between vessels assigned based on social ties discovered in data (hereafter “ties”). The network was unweighted, although edges comprise the four different categories of ties defined in Table 1. No analytical assumption was made regarding the relative strength of ties, which were undirected. Using the igraph package (Csardi and Nepusz, 2006) in R (R Core Team, 2018), networks of social ties were then visualised and the network metric degree centrality–a measure of number of individual ties held by each vessel–was extracted to explore individual connectivity and identify influential vessels (Mbaru and Barnes, 2017). Degree centrality was also used to compare average ties for compliant and non-compliant vessels.



Thematic Analysis

In order to identify themes in qualitative data, we chose an open, inductive approach to thematic analysis (Auerbach and Silverstein, 2003). Once all data were compiled, we conducted open-coding analysis, a process by which thematic codes are generated by identifying themes based entirely on the data (Miles et al., 1994). We specifically looked for themes in the data relating to the magnitude of illegal fishing and the possible underlying social drivers. Initial codes were generated during familiarisation with the data, and organised as headings and related sub-headings in a hierarchical framework structure. Data were then re-read and codes re-organised and arranged in an iterative process until we were satisfied data saturation had been reached (where no new meaning or interpretation can be gleaned from continuing data analysis) (Bryman, 2016). All qualitative enforcement and community data were coded in this manner and this process was assisted by NVivo software (Nvivo, 2018). The final framework is included in Supplementary Table 5, including illustrative quotes to represent origin and content of data coded against each theme. We acknowledge the likely inclusion of response bias, where information provided may be adapted or falsified by the study participants to look more desirable (Arias and Sutton, 2013), in data sources used for this study, particularly arrest transcripts. Therefore, all possible attempts to verify drivers of non-compliance were made, e.g., by comparing findings from across all data used in this study, but findings of data analysis should be considered exploratory in nature.



RESULTS


Description of Non-compliance

Overall, there were 227 vessel investigations from 2010 to August 2020. Of these, 56% (n = 128 vessels) were non-compliant. Sightings near the shallow reef areas at the centre of the MPA were mostly non-compliant, whereas vessels sighted in the north of the MPA in close proximity to typical transit routes were mostly compliant (Figure 2A). Vessels from 13 countries were sighted, however, only vessels from Sri Lanka (n = 97) (Figure 2B), India (n = 29), and Taiwan (n = 2) were non-compliant (Figure 2C). Non-compliant Sri Lankan vessels were the most common overall (76%), although from 2014 onwards, Indian vessels increased, representing 39, 50, and 76% of non-compliant vessels in 2014, 2015, and 2016, respectively (Figure 2C).
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FIGURE 2. Spatial distribution of vessel sightings (n = 227) shown using a heatmap distribution, with sightings for compliant vessels (red) and non-compliant vessels (blue) shown (A). Picture of a Sri Lankan vessel typical to those seen in the MPA, taken in Sri Lankan waters. Image courtesy of AV (B). Number of non-compliant vessels on an annual basis, with vessel flag state (fill) shown (C), IND = India, LKA = Sri Lanka, TWN = Taiwan. Number of vessel investigations during the study period, on a monthly basis (D).


Numbers of non-compliant vessel investigations were highest in 2010, 2014, and 2015 and within the months of May (n = 20), October (n = 19), and December (n = 18) (Figure 2D). During interviews within communities, fishers said travel to the MPA during the south west monsoon period, typically during June to July, was dangerous and identified December to May as the best time to visit the MPA.



Illegal Resource Extraction

Catch data was recorded, in some form, for 45% (n = 44) of the non-compliant Sri Lankan vessels and 48% (n = 14) of non-compliant Indian vessels. For Sri Lankan vessels, average catch consisted of 129 (SD: 140) elasmobranchs and 8 (SD: 21) reef fish and for Indian vessels, 1862 (SD: 2113) reef fish and 63 (SD: 101) elasmobranchs (Figure 3).
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FIGURE 3. Catches of sharks (A) and reef fish (C) for all non-compliant vessels where catch data was available (58 vessels) according to year of investigation. Catches of Sri Lankan vessels are shown in yellow and for Indian vessels in grey. Images of catch seizures from non-compliant vessels, courtesy of MRAG (B,D).


Assuming estimates are representative of non-compliant vessels from each country, the estimated total elasmobranch catch for all non-compliant Sri Lankan (n = 97) and Indian vessels (n = 29) was 12,513 and 1,827 specimens, respectively (total = 14,340). Total reef fish catch were estimated for Sri Lankan and Indian vessels as 776 and 53,998 specimens, respectively (total = 54,774). Catches regularly contained species of conservation concern, such as oceanic whitetip (Carcharhinus longimanus) and scalloped hammerhead (Sphyrna lewini) sharks which are both Critically Endangered1. Shark fins and manta gills were both found drying on vessels, however, community data strongly suggests that neither shark nor manta bodies are discarded at sea due to the high value of their meat.



Case Study: Non-compliance of the Sri Lankan Fleet


Characteristics of Vessels and Fishers

From 2010 to 2020, 153 vessels flagged to Sri Lanka were investigated to ascertain compliance within MPA policy. Of these, 36% (n = 54) were compliant, and 64% (n = 99) were non-compliant. Data availability for vessel characteristics varied (number of vessels for which data was available is stipulated as n here). The most common gear type (n = 123) was a combination of long-lines and gill-nets together (69%, n = 85) followed by long-lines only (29%, n = 36) and nets only (1%, n = 1) Size of vessels (n = 20) averaged 14.8 m (SD: 3.5, range: 12.4–16.1) and crew size (n = 98) averaged 6 persons (SD: 1, range = 4–8). Identified target species (n = 123) included tuna and other large pelagics such as marlin, and 73% (n = 91) reported targeting sharks.

There were notable differences between characteristics of compliant and non-compliant vessels. Firstly, non-compliant vessels (n = 82) were primarily (93%) operating both long-line and gill-nets and, in comparison, compliant vessels (n = 40) were commonly (79%) operating long-lines only. Differences in target species were also noted, as non-compliant vessels (n = 88) were primarily (97%) targeting sharks, compared to only 14% of compliant vessels (n = 36). Wire trace, a specialised equipment which strengthens long-lines for catching sharks, was also seen on 97% of non-compliant vessels (n = 73), compared to only 12% (n = 4) of compliant vessels (n = 33). Spatial data shows vessels targeting sharks are primarily sighted near shallow, reef areas located in the centre of the MPA (Figure 4).
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FIGURE 4. Location of investigated vessels coloured according to whether they were found to be targeting sharks (blue) or not (yellow).


Non-compliance with national regulations (including presence of a functioning Vessel Monitoring System (VMS) and possession of a valid high seas licence) was more common in non-compliant vessels. Compliant vessels also more commonly held an active registration on the IOTC active vessel list. Other regulatory issues included absent or incomplete logbooks and three captains without a valid fishing licence.

Vessels were primarily registered to districts in the south west of Sri Lanka, although there was a noted difference between compliant and non-compliant vessels (Figure 5). Non-compliant vessels were primarily (77%) registered to one district on the west coast and further analysis suggests that 85% operate from one port (Supplementary Figure 1). Similarly, 72% of compliant vessels came from two ports located on the west coast.
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FIGURE 5. District of origin for Sri Lankan vessels sighted in the MPA taken from vessel registration details gathered from enforcement data. Compliant vessels (left) and non-compliant vessels are shown (right). Registration details were available for 138 vessels sighted from 2010 to 2020.


Data suggested only a small minority (∼5%) of non-compliant vessels, were repeatedly non-compliant (maximum number of investigations per vessel = 4). However, evidence suggested that repeated non-compliance may go undetected. For example, active IOTC registration numbers were available for only 28% of non-compliant vessels (n = 28), however, we found three IOTC numbers that were registered to different vessel names throughout the study period. Therefore, relying on vessel names to detect repeated non-compliance likely underestimates repeated non-compliance. In accordance, community data showed fishers perceive some vessels are repeatedly non-compliant. This is exemplified by one fisher, who said “it depends. The number of trips by other vessels may differ from us. We normally go 4 or 5 times a year. Don’t know about others.”

At the individual fisher level, four fishers were confirmed as repeatedly non-compliant during the study period, doing so on two, three, or seven different vessels. One fisher detained in 2011 also admitted to fishing in the MPA on two previous occasions. Evidence from community data also suggested fishers may be repeatedly non-compliant, independent of perceived risks. For example, one interviewed fisher said “because they are irresponsible, without considering the rules and regulations and punishments they just cross the borders and fish there.”



Drivers of Illegal Fishing


Economic benefits from non-compliance

Perceptions of higher populations of fish within the MPA, due to overcapacity and overfishing in traditional fishing areas, emerged as a key theme influencing non-compliance from enforcement data. One fisher stated “we have no fish in our sea areas and also we have limited space. So we have to go to other territories to catch fish.” Shark populations, specifically, appeared to be a key driver. In arrest transcripts, 50% of fishers mentioned sharks, including explaining that populations of sharks were higher in the MPA than in traditional fishing areas. One fisher explained “the fishing for sharks in Sri Lanka is poor.”

Community data showed fishers associated high relative catches of sharks with non-compliance in the MPA. During interviews, one fisher opined “at Garcia (BIOT), you’ll catch 100% sharks…we have to go to Garcia or Seychelles if we want to catch sharks,” and another stated “there is a specific group who mainly target sharks. It’s like 10%, very few. They may go 2–3 times a year for other countries waters.” Other evidence taken from interviews suggest that fishers perceive non-compliant vessels to earn high annual incomes, much higher than for compliant vessels, due to these large shark catches. Fishers further explained that sharks fetch a higher price more consistently than other target species, which are more subject to market fluctuations. Fishers also explained that sharks can be stored for longer than other species without decomposing, supported by one fisher who stated “(they) use lesser ice, so we can store sharks for long.” This would make them suitable for the long fishing trips of vessels, and their reliance on ice for cold storage only. Both enforcement and community data showed, however, that these views are not ubiquitous across all Sri Lankan fishers. Within enforcement data, compliant fishers stated that shark prices had fallen and that targeting other species is more profitable. Similarly, during interviews within the communities, some fishers explained that they didn’t target sharks for similar reasons, preferring to target tuna or billfish.



Economic costs of non-compliance

Community data showed fishers hold variable perceptions of the risk of being detected whilst engaging in non-compliance within the MPA (from 0 to 100% chance of detection). This disparity is highlighted by the following quotes from separate fishers, of “they arrest us as soon as we arrive,” compared with “no, only 1 or 2% get caught.” Detection risk appeared to be moderated by avoidance strategies, including turning off VMS or only fishing at night. Interestingly, enforcement data showed that six vessels were investigated multiple times during the same fishing trips, as they failed to leave the MPA following the initial investigation. Whether this is due to low perceived risk of repeated detection or sanctions is unclear.

Knowledge of sanctions for non-compliance were equally variable. During interviews, fishers said the levels of fines ranged from $0 to $15,000 upon arrest and detention periods from 1 month to 3 years. Overall, there was a broad consensus that regulations, including mandatory VMS, had increased detection risk, and one fisher said “now because of the VMS technology they can’t go.” In addition, some interviewed fishers stated these regulations had stopped them illegally fishing in the MPA over the last 5–10 years.



Socio-cultural factors

During interviews, some fishers said that fishing in BIOT and other EEZs was associated with tradition, saying “there are older generation people who are used to go there since old times” or “the people who go as a habit, don’t get fear to go frequently.” We also identified mixed views within fishing communities on the legitimacy of MPAs as a form of fisheries management, with some claiming they had experienced their benefits, whereas others held negative views.



Social network analysis

Using available enforcement data, we identified social ties (of any category) for 45% (n = 60) of all Sri Lankan vessels. The majority of non-compliant vessels (66%, n = 55) had at least one social tie compared to 34% (n = 16) of compliant vessels. Average localised degree centrality was 1.3 (SD: 1.6, range: 0–7) for non-compliant vessels and 0.3 (±0.5, range: 0–2) for compliant vessels, suggestive of a more integrated network of social contact. Network visualisation shows clustering of ties for non-compliant vessel groups (Figure 6). However, there was considerable range in degree centrality scores, with no ties identified for some non-compliant vessels (Supplementary Figure 2).
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FIGURE 6. Identified social ties between vessels, coloured according to category. All compliant (light grey) and non-compliant vessels (dark grey) are represented as nodes, and displayed size is proportional to degree centrality (number of social ties per vessel).


Ties were mostly between non-compliant vessels, with only four ties between non-compliant and compliant vessels identified. Ties due to vessels being owned by the same company were the most commonly identified (Table 2). Data highlighted different potential ways in which social ties could be influencing behaviour at both the individual fisher and vessel level (Table 2).


TABLE 2. Number of ties identified for each defined category with illustrative quotes to demonstrate data used to identify ties.

[image: Table 2]Insights from both community and enforcement data highlighted the potential importance of social transmission of information in influencing where fishers decided to fish. Fishers explained that coordinates within the MPA had been recommended to them by other fishers at their home port. This is exemplified by the following quotes taken from arrest transcripts “the information was given to them (by a) fisherman. That’s why they don’t know this area” and “one friend they make big…last time, he said you come this position you find a lot of fish.” Community data suggested information exchanged between fishers during trips, over radios, may also be important in influencing behaviour, with one fisher stating, “what happens most of the time is fishermen follow information they get through radio communications.” During vessel boarding, radios of multiple vessels were identified as tuned to the same frequency, possibly as a means to reduce detection risk. This was supported by one fisher, who said “we stay in contact with other fishers using radio, if someone sees the surveillance vessel we just elope leaving all our gear and stuff.” Although fishers discussed sharing fishing information, coordinated fishing was only seen between small numbers of vessels, and one fisher explained that this was due to detection risk, stating “one or two cross borders, we can come out safely without being noticed.”



DISCUSSION

Our findings demonstrate how detailed study of enforcement data, particularly when combined with other data sources, can identify potential social drivers for illegal fishing, even when data appears limited (Gavin et al., 2010; Bergseth et al., 2015, 2017). These results highlight the importance of considering social dimensions, including social networks, in explaining human behavioural reactions to MPA policy, particularly for remote LSMPAs where they are often overlooked (Gruby et al., 2016). Our findings stimulate discussion around how to achieve a balance in MPA management between enforcement-based activities designed to deter perpetrators, and alternative approaches, including education-based programmes or incentive-based approaches (Holden et al., 2018; Paudel et al., 2019).


Potential Impact of Non-compliance

We reaffirm that non-compliance represents a persistent threat to the MPA (Ferretti et al., 2018; Hays et al., 2020). We identified sharks as the primary target species of illegal vessels, providing context for reported declines in reef shark species, of > 90% since the 1970s (Anderson et al., 1998; Graham et al., 2010). Our estimates suggest 14,340 sharks were caught by Sri Lankan and Indian vessels suspected of illegal fishing from 2010 to August 2020. Further, our data provides clear evidence that total extraction was considerably higher, as fishers stated non-compliance was frequently undetected during this time period. Previous estimates suggest that from 1996 to 2015 from 1,745 to 23,195 sharks were caught annually (Ferretti et al., 2018). This continued exploitation diminishes the ability of the MPA to attain intended conservation benefits, including providing vital refuge for shark species that are increasingly threatened with extinction (Davidson and Dulvy, 2017; Letessier et al., 2019). Previous research has shown that even short non-compliance events threaten local populations of sharks within the MPA (Tickler et al., 2019) and the concentration of non-compliance in shallow reef areas likely greatly reduces the protection afforded by the MPA for vital early life-history stages and reef-associated species (Curnick et al., 2020; Jacoby et al., 2020). The impact on local populations will be further exacerbated for multiple species we identified in illegal catches that exhibit high site fidelity, including silky sharks (Carlisle et al., 2019; Curnick et al., 2020).

Our results show the threat of non-compliance is inherently dynamic in nature (Bergseth and Roscher, 2018). Indian vessels were increasingly detected and investigated for non-compliance from 2014 onwards. Indian vessels found within the MPA have considerably larger holds (∼30,000 kg) than Sri Lankan vessels (<3,500 kg) (Amarasinghe, 2013). Due to these differences in vessel capacity and variations in targeting behaviours, they may pose a serious threat to BIOTs fish assemblages and, resultantly, the resilience of the MPA to other anthropogenic threats such as climate change (Anderson et al., 1998; Koldewey et al., 2010). We suggest an urgent study is therefore needed within Indian communities to verify magnitude and drivers of non-compliance within the MPA for this fleet.



Drivers of Illegal Fishing

Adopting a descriptive approach, we identified key characteristics shared by the majority of non-compliant vessels from Sri Lanka. This included a preference for targeting sharks, which has previously been identified as a driver of non-compliance within MPAs elsewhere (Carr et al., 2013; González-Andrés et al., 2020). In other contexts, illegal shark fishing has been associated with a lack of alternative livelihoods (Jaiteh et al., 2017; Booth et al., 2019) and to meet the basic needs of fishers subject to poverty (MacKeracher et al., 2020). In this case, however, non-compliant fishers appeared primarily motivated by a desire to earn higher than average incomes. These findings highlight that associating non-compliance with impoverished resource users acting to meet basic economic needs may not fully explain the economic aspects of non-compliance for all situations (Paudel et al., 2019). Approaches to non-compliance, therefore, need to incorporate multi-faceted understandings of economic motivations, such as consumer demand, as well as aspects of poverty that aren’t purely economic in nature, such as social mobility (Challender and MacMillan, 2014; Duffy et al., 2016).

Decisions to not comply are made heuristically, and fishers will incorporate likelihood of detection and sanctions in deciding whether non-compliance will be beneficial (Nagin et al., 2018), with a low probability of detection increasing the likelihood of illegal fishing (Bergseth et al., 2017). Our findings suggest fishers hold varied perceptions of sanctions within the MPA. This is common in the absence of concerted efforts to raise awareness within communities about fisheries regulations and their purpose (Pollnac et al., 2010) and can negate any influence of improving enforcement in reducing deterrence (Holden et al., 2018). Studies have also shown that perceived impact of sanctions will vary depending on fisher social context (Arias and Sutton, 2013; Collins et al., 2020) and according to behavioural attributes of fishers, such as previous fishing experience (Battista et al., 2018). Interestingly, we identified repeatedly non-compliant fishers from both enforcement and community data, potentially indicating an absence of significant deterrence for some fishers who may have an increased propensity for illegal behaviours (Sutinen and Kuperan, 1999). This highlights the need to engage in multi-faceted interventions, rather than relying on deterrence alone (Paudel et al., 2019).

The role of social networks in influencing outcomes of conservation policy and management is increasingly recognised (Bodin and Prell, 2011), including within the specific context of MPAs (Fox et al., 2012; Alexander et al., 2015). Our approach identified that non-compliant vessels may be more strongly connected than compliant vessels and were clustered within three dominant groups. Ascertaining the structure (e.g., directionality, strength) or purpose (e.g., influence on behaviours) of ties was mostly beyond the scope of this paper. However, our findings provide initial evidence for the influence of social ties within the context of non-compliance in LSMPAs, a poorly researched topic. Social ties can influence perceived acceptability of non-compliance (Arias and Sutton, 2013) and perceptions (or observations) of non-compliance within groups can increase propensity to engage in it (MacKeracher et al., 2020). Ties were seen to facilitate information sharing between vessel groups, seemingly facilitating illegal fishing practices, including reducing detection risk. Although there was the suggestion of organisation between small groups of vessels, there was no evidence of large-scale organised crime that is often associated with illegal wildlife trade within the conservation domain (Pires et al., 2016; Paudel et al., 2019; Witbooi et al., 2020). Moving forwards, additional research to identify structure, function and influence of networks for non-compliance within LSMPAs, including BIOT, is required.



Future MPA Management

Studying illegal resource use is often constrained by inconsistent data collection, and a lack of focus on social dimensions (Gavin et al., 2010; Bergseth et al., 2015; Read et al., 2015). We advocate for continued advances in consistent, systematic collection of enforcement data within the MPA, which may be facilitated by application of semi-automated systems such as Spatial Monitoring And Reporting Tool (SMART2), which can be particularly useful in resource-limited situations as it offers a way to combine intelligence from different data sources (Critchlow et al., 2017). In the case of BIOT, this means intelligence from emerging technologies, such as remote sensing of vessels, can be combined with intelligence collected directly from perpetrators of wildlife crime within fishing communities. The former is key, as it helps to understand illegal activity across the MPA, addressing potential bias in understanding of illegal activity which may be caused by patrolling strategies. Collecting further data within fishing communities is also key to further understand the social context of fishers which is vital to ensure strategies to address drivers of non-compliance are appropriate (St. John et al., 2014; Arias, 2015; Nuno and St. John, 2015; Petrossian, 2015; Paudel et al., 2019).

Primarily relying on economic-based deterrence for MPA management and enforcement can be well-suited to situations where monitoring and enforcement is highly effective in detecting and enforcing sanctions. However, for BIOT, and other LSMPAs located remotely, relying on such models may not be feasible due to the substantial required investment (De Santo, 2013; Edgar et al., 2014). These models are also primarily based on humans making decisions rationally, and for purely economic reasons, which is often not the case (Challender and MacMillan, 2014; Duffy et al., 2016; Battista et al., 2018). Our results reaffirm the need to adopt a nuanced approach to non-compliance, potentially incorporating alternatives such as incentives for compliance, which can address multi-faceted drivers of non-compliance (Thomas-Walters et al., 2020). However, further research is needed to understand the feasibility of such measures in instances such as BIOT MPA, where non-compliance threat is highly dynamic and originates from multiple foreign fleets.



Wider Context

Our findings support the need for sustained and systematic advances in understanding of social dimensions for LSMPAs on a global-scale (Christie et al., 2017; Gray et al., 2017). Remote LSMPAs have been considered easy to implement due to the absence of significant surrounding populations and negligible social outcomes (Gruby et al., 2017). However, these factors create a unique set of challenges which require careful consideration. Firstly, as we have shown, even remote LSMPAs have detectable social outcomes for surrounding regions, yet they are mostly poorly conceptualised (Gruby et al., 2016; Gray et al., 2017). Determining desired social outcomes for LSMPAs is often complex, however, it is necessary to ensure MPA management is aligned with wider regional policy frameworks (Gruby et al., 2020). Secondly, if the threat of non-compliance entirely originates from non-local fishers, adopting alternative methods to encourage compliance, such as influencing social norms, requires understanding and working with communities that policy-makers are unlikely to be familiar with (Arias et al., 2016). Accordingly, future successful management of LSMPAs, including BIOT, relies on building beneficial, multilateral regional partnerships with surrounding countries to mitigate the mutually negative consequences of illegal fishing on MPA success and fishing communities.
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The Pitcairn Islands, located in the central South Pacific, contain near-pristine marine ecosystems which support unique fish assemblages, together with both endemic and threatened species. Pitcairn itself is the only inhabited island in the group and, before this study, the environmental impact of local fisheries was unclear, with little data to inform conservation and management. In 2014–2015 coastal fish populations were assessed using a mixed methods approach: a newly introduced system of fishers’ catch monitoring and Baited Remote Underwater Video Systems (BRUVS). Thirty-nine BRUVS deployments recorded 88 species in total, with small-bodied herbivores (e.g., Kyphosus pacificus) and mesopredators (e.g., Xanthichthys mento) dominating a “bottom heavy” assemblage. Several large pelagic predators were recorded, but reef-associated predators were rare with only one shark observed. Pitcairn’s top predator assemblage was relatively impoverished compared to global “pristine” sites, including other islands within the Pitcairn group. Top predator scarcity may be explained by local artisanal fisheries, which have historically targeted sharks and other large reef carnivores, and these taxa may not have recovered despite subsequent declines in fishing pressure. The dominant small-bodied species may have proliferated as a result of diminished top predator populations. Subsequent to BRUVS sampling, a local fisheries officer post was created to collate catch data from coastal fishers. Regular returns were obtained from over half of the active fishers (representing approximately 80% of catches), with K. pacificus also dominating catches and the small grouper Epinephelus fasciatus frequently targeted. Thirty fish species were represented in the recorded catch over a 12 month period. Results were shared with the local community, providing a basis for the cooperative design of a Fisheries Management Plan. This plan ensured traditional fisheries could continue in a sustainable manner within Coastal Conservation Zones around each of the four Pitcairn Islands, established within the large, no-take Marine Protected Area designated in 2016, covering the entire Pitcairn Exclusive Economic Zone. Monitoring of Pitcairn’s artisanal fisheries should be continued beyond this one-off study in order to inform adjustment of the Fisheries Management Plan, as the ongoing island fishery may still have consequences for long-term sustainability, particularly for pelagic species caught in coastal waters which remain a significant data gap.

Keywords: Pitcairn Island, BRUVS, coastal waters, marine protected area, coral and rocky reefs, sustainable fisheries, remote island


INTRODUCTION

The Pitcairn Islands are a UK Overseas Territory (UKOT) consisting of four small, extremely remote islands in the central South Pacific. Pitcairn Island itself is the only inhabited island in the group, with a population of around 50 in 2015. The islands’ isolation has helped to ensure that their marine ecosystems have remained in near-“pristine” condition, largely unaffected by human activities (Sala et al., 2012), although this isolation has also contributed to a dearth of available data on the Pitcairn Islands marine environment compared to other UKOTs. Whilst marine species diversity in the Pitcairn Islands is low compared to the Coral Triangle, some 6,000 km to the west, the presence of corals is noteworthy given the islands’ southern location just south of the Tropic of Capricorn, at the south-eastern extreme of the Indo-Pacific province (Irving and Dawson, 2012). Moreover, surveys by the National Geographic Society’s (NGS) Pristine Seas team in 2012 found that regional endemics comprised 45% of fish assemblages, creating unique species communities (Sala et al., 2012). In addition, a number of globally threatened and endemic marine species are known from the islands (Irving and Dawson, 2012). Surveys of uninhabited Ducie and Henderson atolls found that top predators accounted for more than half of fish biomass, reflecting very low fishing pressure (Sala et al., 2012). In summary, the marine ecosystems of the Pitcairn Islands are considered to have “outstanding” value owing to their relatively untouched condition and biological uniqueness (Friedlander et al., 2014).

As part of efforts to protect these valuable ecosystems, the Pitcairn Islands Marine Protected Area (an IUCN Category 1 MPA encompassing all four islands) was established on 14th September 2016 by the Government of the Pitcairn Islands, supported by the UK Government (Gov.UK, 2016). The MPA extends for 839,479 km2 to the outer limit of the islands’ Economic Exclusion Zone (EEZ) (1 accessed February 2021). As such, it stands as one of the largest fully protected Marine Protected Areas on the planet (O’Leary et al., 2018). As a result of the MPA consultation, sustainable traditional fishing activities were allowed to continue around the islands and the occasionally visited 40 Mile Reef, which sits atop Adams seamount, approximately 40 miles from Pitcairn Island itself. These traditional fishing activities were implemented through the creation of sustainable fishing zones located within the territorial waters of each island, amounting to < 0.3% of the MPA’s total area (Figure 1).
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FIGURE 1. The Pitcairn Islands Marine Protected Area (originally termed a ‘marine reserve’). Map© 2016 The Pew Charitable Trusts. Adapted from Pew (2020).


It should be noted that the MPA was established after this study was completed. Surveillance of possible commercial fishing activity within the vast “highly protected” Marine Protected Area is being undertaken under the auspices of the UK’s Blue Belt Surveillance and Intelligence Hub (Stockill, pers. comm.), which follows the novel Eyes on the Sea program run by the Pew Charitable Trusts (Pew, 2015). The Hub conducts remote monitoring of the Pitcairn Islands MPA following an intelligence-led, risk-based approach to detect illegal, unreported and unregulated (IUU) fishing activities. Such remote monitoring, however, is not suitable to overseeing Pitcairn’s artisanal fisheries, which utilize small boats without Automatic Identification Systems (AIS) installed. As a result, locally-based monitoring is required as part of management measures for the artisanal fishery (Dawson and Irving, 2020).

Fishing has been an important socio-economic component of the Pitcairn community since its establishment over two centuries ago (Götesson, 2012; Irving and Dawson, 2012). Fishing activities are typically undertaken from coastal rock promontories by individuals using baited hand lines; from a drifting small boat (known locally as a canoe) close to shore (typically < 2 km) using baited or feathered hooks; or using lures trolled behind a moving boat (usually 2–5 km from the coast). Trolled lures are used to catch pelagic species such as wahoo Acanthocybium solandri or yellowfin tuna Thunnus albacares, and this method is generally conducted from one of the island’s 13 m longboats, which can take up to eight fishers in a “fishing party.” All fishes caught by such a party are traditionally divided up by household and shared irrespective of individual catch size (Dawson and Irving, 2020). At the time of our study (2014–2015), occasional fishing for juvenile sharks (typically grey reef shark Carcharhinus amblyrhynchos or white tip reef Triaenodon obesus, though occasionally tiger Galeocerdo cuvier) was practiced with overnight baited lines, for the sole purpose of incorporating the shark’s teeth in wooden carvings, leaving the flesh unconsumed (Coghlan et al., 2017). Aesop slipper lobsters Scyllarides haanii are caught using baited traps left overnight in deep water (70–145 m depth) (Götesson, 2012); and spiny lobsters, both the Easter Island lobster Panulirus pascuensis and the pronghorn lobster P. penicillatus, are typically caught using SCUBA gear together with a hook or a Hawaiian sling spear. Catches of these crustaceans are either consumed on island or, as in recent years, sold to visiting cruise ships. Although some reconstruction of historical fish catches has been attempted (Coghlan et al., 2017), the sustainability of this long term artisanal fishery had never been assessed, nor had any form of fisheries management plan been formalized.

In order to assess the impact of the fishery and inform any subsequent management measures, we took a mixed methods approach consisting of: (1) an assessment of the nearshore fish assemblage using Baited Remote Underwater Video Systems (BRUVS); and (2) an assessment of fishing effort and catch composition by the local community. The study builds on a previous household survey of the island population (c. 50 individuals) undertaken in 2011 (Shuttenberg and Dawson, 2012) which showed families to be consuming an average of 2–3 fish meals per week.



MATERIALS AND METHODS

All fieldwork was undertaken around the coast of Pitcairn (25° 04’ S, 130° 06’ W) in 2014 and 2015. The island, just 3.2 km long by 1.6 km wide, has a 9.5 km coastline characterized by steep cliffs and occasional rock platforms (Irving and Dawson, 2012). The nearshore seabed, composed of rocky outcrops and patches of coral interspersed with sandy areas, extends seawards for 300–500 m to a depth of around 30 m before dropping away into deeper waters (Irving and Dawson, 2012).


BRUVS Survey

BRUVS have been increasingly employed as a sampling tool in coastal marine environments (Cappo et al., 2006). This approach is recognized as a valuable non-extractive tool for assessing protected areas, threatened species and scientifically important habitats (Letessier et al., 2013). Furthermore, baited cameras record more species and require less replicates to detect change compared to cameras deployed without bait, or certain SCUBA approaches (Watson et al., 2005, 2010; Harvey et al., 2007; Langlois et al., 2010; Dwyer et al., 2020). Single camera BRUVS can record abundance and diversity (Ellis and DeMartini, 1995), although they do not enable body size measurements (Cappo et al., 2003). In order to measure fish accurately, BRUVS studies have increasingly employed stereo video cameras, which generate more accurate measurements compared to single cameras (Cappo et al., 2006; Langlois et al., 2020). Studies have increasingly employed GoPro cameras2 as a light, low-cost setup (Letessier et al., 2013, 2015.). GoPros provide a cost-effective and scientifically robust option for BRUVS studies, lowering the financial barrier of fieldwork and potentially facilitating wider implementation of the technique. Based on the research goals and available resources the technique was considered the optimum approach for this study.

Five stereo BRUVS frames were assembled on Pitcairn (Figure 2A), using a design which has been widely employed for seabed based stereo-video studies (Langlois et al., 2010; Letessier et al., 2015). Two GoPro Hero 3+ cameras (with additional batteries) were placed inside pre-calibrated waterproof housings. The use of two cameras calibrated in fixed positions allowed stereo footage to be filmed, a requirement for accurate measurements (Cappo et al., 2006). Pilchard (Sardinops sagax), was selected as bait and sourced (in a frozen state) from New Zealand. Pilchards have been commonly used in previous BRUVS studies, and bait standardization is essential for comparability (Langlois et al., 2010; Dorman et al., 2012; Hardinge et al., 2013; Letessier et al., 2013). Prior to deployment an attached mesh bag was filled with 600 g of defrosted pilchards, with each fish crushed. This ensured dispersal of oil and blood into the water and guarded against premature depletion. Sampling aimed to deploy BRUVS frames at sites around the coastline of Pitcairn Island across a depth range of 10–40 m, separated by at least 300 m to ensure sample independence. At times it was necessary for deployments to be opportunistic in order to ensure both sample independence and target depth, with depth measured using a handheld sounding device.
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FIGURE 2. (A) An example of the BRUVS frames deployed on Pitcairn, (B) a screenshot from EventMeasure video analysis showing the individual marking of Pacific chub in order to establish MaxN, and (C) screenshot from EventMeasure showing the measurement of individual crosshatch triggerfish. (A) top left, (B) top right, (C) bottom left.


Species abundance values (MaxN) were obtained by counting the highest number of each species visible at any point during the 1 h video sample, and MaxN was used as an index of fish abundance. This approach provides a conservative relative abundance estimate by preventing double-counts of returning individuals (Letessier et al., 2013) and allows diverse, abundant assemblages to be sampled efficiently and accurately when the counting of all individuals is unfeasible (Cappo et al., 2006).

Stereo cameras were used in order to allow digital three dimensional (3D) measurements of fish. SEAGIS EventMeasure, which estimates the position and size of an individual on 3 axes, was used as the analysis software (Cappo et al., 2006; Hardinge et al., 2013; Letessier et al., 2015). This software allows fish to be measured non-invasively, and allows species diversity, MaxN and length data to be recorded, collated and exported, streamlining archiving and facilitating analysis.

During video review, each species was marked with a red point (see Figure 2B) upon first entering the frame. In order to count large schools which approached the bait, MaxN was computed by marking each visible fish. All identifications and MaxN values were obtained using footage from the frame’s left camera. The sampling period began as soon as the frame landed on the seabed (after adjustments), and 1 h of video was analyzed. Once the frame settled, a still image was taken and used to classify the habitat using rock, algae, sand, and coral categories which allowed the heterogeneity of Pitcairn’s coastal habitats to be taken into account (Sala et al., 2012; Irving and Dawson, 2012). Classifications were based on the category which was observed to cover the highest percentage of the visible substrate.

Length measurements (fork lengths) of individuals were conducted at the time of MaxN (Figure 2C). Individual CAM files for each BRUVS frame were loaded to calibrate the software and maximize measurement accuracy. Fish were only measured if their bodies were straight, side-on and fully visible on both cameras. A measurement was accepted if the precision value generated by EventMeasure was <10% of the individual’s computed fork length. In addition, a measurement was only deemed accurate if EventMeasure estimated the individual to be 5 m or less from the camera, in light of observed inaccuracies in measurements at greater distances (Langlois et al., 2010; Letessier et al., 2015). Length data were also checked against known fork length ranges of species, and any measurements substantially outside known size range were discarded (Lieske and Myers, 1994; Allen et al., 2007; Fishbase, 2014). In order to avoid the repeat measurement of a returning individual, measurements were only taken from the point of species MaxN. If no valid measurements could be obtained from the point of MaxN, an alternative frame was used when possible.

Mean fork length values were produced for each measured species. Individual fish weight estimates were obtained by applying stereo BRUVS-derived measurements to length-weight relationships. Species-specific a and b values were obtained from published length-weight studies or models where available (Fishbase, 2014). The mean calculated weight for each fish species was then multiplied by the total MaxN to estimate biomass values specific to this fish assemblage. Individuals identified to family or genus level, or species without published length-weight data, were included in biomass calculations through using values from morphologically and phylogenetically similar species. Published common lengths were used to calculate biomass for species which could not be measured by stereo BRUVS (Allen et al., 2007; Fishbase, 2014).

All EventMeasure data were collated in Microsoft Excel and all statistical analysis was carried out in R Studio software (version 0.98.507). The “vegan” R package (version 2.4-2) was used to plot species accumulation (“specaccum” function) and to extrapolate total species richness values (“specpool” function) using “jack1,” “boot,” and “chao” richness estimation indexes (Oksanen, 2013).



Fisheries Catch Monitoring Method

The fisheries catch monitoring was undertaken as part of a comprehensive programme of community engagement around MPA designation, resource management and conservation. Fishers were consulted on how best to monitor local catches robustly whilst taking individual practices and preferences into account, and without imposing excessive reporting burdens on fishers. In order to assess the diversity of fish species in catches, individual fishers were asked to keep a weekly log of the number of individuals (= abundance) of all species caught (= diversity). Additional information was recorded on the time expended to obtain the catch (= effort), the fishing method employed, the location, and sea conditions. Participating fishers were asked to complete a written logsheet of all catches following any fishing excursion from the shore or from boats, and for both individual and group fishing activities. For ease of logsheet completion, local fish names were used when recording data. Log records were collated by the island’s Fishery Officer, a newly created post funded through the Darwin Initiative project. Initially, there were some concerns expressed by fishers regarding the ultimate purpose of recording catches. By way of addressing such concerns, it was agreed that returns be submitted anonymously.




RESULTS


BRUVS Results


Sampling Effort

Forty-two BRUVS deployments were completed in the shallow coastal waters of Pitcairn Island (Figure 3), of which 39 produced valid samples.


[image: image]

FIGURE 3. Map of the Pitcairn Island field site, with each dot denoting the site of a single BRUVS deployment.


Deployment depths ranged from 7 to 33 m and the mean depth sampled was 19 m (± 7.39 sd.) Algae and rock-dominated substrates accounted for 38% and 33% of habitat classifications, respectively, whilst coral and sand accounted for 15% and 13% of classifications. 2,769 individual fishes from 26 families were sampled, 88 species were identified and 95% of individuals were identified to species level, with 3% identified to family level and 2% to genus level, respectively. The most diverse sample recorded 33 species, the least diverse recorded 3 species, and mean species richness was 17 (± 7.25 sd.). Abundance values ranged from 198 to 11, and mean abundance was 71 (± 43.84 sd.). Fork length measurements were obtained from 37 deployments, and 484 measurement values for 57 species were computed.



Fish Assemblage Characteristics

The fish assemblage was dominated by Pacific chub (Kyphosus pacificus) and crosshatch triggerfish (Xanthichthys mento) which accounted for 24% and 28% of total MaxN, respectively. The next highest MaxN value for a single species was recorded by red and green coris (Coris roseoviridis), a regional endemic which accounted for 5% of total MaxN. Scythe triggerfish (Sufflamen bursa) was the most widespread species, recorded on 85% of samples (Table 1).


TABLE 1. Summary of key data indices for the most common species (in terms of relative abundance) in each of the main fish families recorded on Pitcairn.

[image: Table 1]
The sampled biomass was estimated at 1,381 kg, with mean biomass per sample of 35 kg.h–1. Herbivores (trophic level 2.0–2.9) accounted for 49% of biomass, whilst planktivores and small predators (trophic level 3–3.9) and top predators (trophic level ≥ 4) accounted for 23% and 28%, respectively (Figure 4).


[image: image]

FIGURE 4. Biomass of BRUVS sampled fish assemblage by trophic level (trophic values taken from Fishbase (2014)].




Species Richness Extrapolation

The 88 species identified during sampling were plotted on a species accumulation curve, and the total species richness of the assemblage was extrapolated using three estimation indices (Oksanen, 2013). These indices produced estimated species richness values ranging from 100 (± 22.92 sd.) to 132 (± 8.89 sd.) (Figure 5).


[image: image]

FIGURE 5. Curve showing the accumulation of identified species during sampling (dark blue line). Confidence intervals are indicated by the light blue polygon and dotted lines. Values for estimated total species richness according to three indices are inset.





Depth Analysis

Spearman’s Correlation Coefficient was initially used to assess the effect of sampling depth (uncategorized) on abundance and species richness. A weak correlation was found between depth and abundance (Spearman’s rho = 0.22, p = 0.18), and no correlation was observed between depth and species richness (Spearman’s rho = –0.047, p = 0.77). The variance of species richness between the depth categories was tested using ANOVA, and no significant variance was observed (p > 0.07).


Habitat Analysis

Coral habitats supported the highest species richness and abundance, with mean richness of 27 (± 4.83 sd.) and median abundance of 102 (IQR = 91–112). Sand habitats supported the lowest species richness and abundance, with mean richness of 7 (± 4.36 sd.) and median abundance of 46 (IQR = 14–93) (Figures 6, 7).
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FIGURE 6. Range of species richness values recorded by BRUVS within each habitat classification.
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FIGURE 7. Range of abundance (MaxN) values recorded within each habitat classification.


ANOVA results indicated a strongly significant variance in mean species richness between habitat types (p < 0.0001), with significantly higher richness was observed in coral habitats compared to other substrate types (t = 4.27, p < 0.0002). The ANOVA also observed significantly lower richness in sand habitats (t = -2.74, p < 0.01). Kruskal-Wallis tests indicated significant variance in median abundance between habitat types for all trophic levels (K-W χ2 = 15.42, p < 0.01) including significant variance specifically for top predators (K-W χ2 = 18.07, p < 0.001) which were most abundant in coral-dominated habitats.




Fisheries Catch Monitoring Results

The results presented here cover the period September 2014–August 2015 with fishing being undertaken year round, although there was some monthly fluctuations in effort (Figure 8). It should be noted that only half of the fishers within the island’s small community participated in the scheme, although this proportion encompassed an estimated 80% of the total number of fishes caught. A total of 1,190 individual fishes were reported as being caught during the 12 months from September 2014 to August 2015, representing 30 different species (Figure 9 and Table 2).
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FIGURE 8. Total number of fishes caught by month, together with fishing effort (in hours).
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FIGURE 9. Fish abundance by species, as a proportion of the total catch (after Dawson and Irving, 2020).



TABLE 2. Pitcairn fish catch records (September 2014–August 2015) showing the 15 most frequently caught species (≥10 individuals) during the year, by month.
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By far the most frequently caught species was the Pacific chub Kyphosus pacificus (45% of the total yearly catch), followed by the blacktip grouper Epinephelus fasciatus (17%). In all, six species (Kyphosus pacificus, Epinephelus fasciatus, Thunnus albacares, Kuhlia sandvicensis, Acanthocybium solandri, and Variola louti) made up 82% of total catch in terms of individuals caught (Figure 9). Two of these species, yellowfin tuna T. albacares and wahoo A. solandri, were only caught from boats using trolling methods. These two species are migratory open water fishes which primarily occur off Pitcairn during the springtime (August to November) (Figure 10).
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FIGURE 10. Catch distribution by month of the migratory wahoo/kuta, Acanthocybium solandri (Data from Götesson, 2012).


In terms of the different fishing practices, there were 22 shore trips (typically by solitary individuals) and 20 boat excursions (which include both solitary and group fishing, with 1–8 fishers on board) during the 12 month period. SCUBA diving excursions were rare by comparison, only recorded in a single month of the catch monitoring period (Figure 11).


[image: image]

FIGURE 11. Distribution of fishing practices during the year (September 2014–August 2015) (after Dawson and Irving, 2020).





DISCUSSION

Put together, BRUVS surveys and fisheries catch monitoring reveal a fish assemblage impoverished in predatory reef fish and sharks, and dominated by small-bodied herbivores and mesopredators. When considered in the context of long-term catch records, fishing practices and demographic changes on Pitcairn, this analysis suggests that the island fishery has reduced populations of high trophic-level predators, with subsequent declines in fishing intensity enabling the proliferation of lower-trophic level species, often less desired as fisheries targets, into vacant ecological niches.

BRUVS sampling achieved broad spatial coverage of the study site, and an extrapolated species richness of 115.57 suggests that sampling captured approximately 80% of diversity. However, it should be noted that a total fish fauna of 270 species has been recorded within the 50 m depth contour on Pitcairn Island (Irving and Dawson, 2012). As a proportion of this total fauna does not occur in the seabed habitats sampled by BRUVS, it is acknowledged this BRUVS study did not fully capture assemblage diversity. Nonetheless, measurements taken from 57 species and the acknowledged precision of EventMeasure for computing fish lengths (Cappo et al., 2006; Letessier et al., 2015), enabled accurate biomass estimations specific to this fish assemblage to be made. Sampling achieved even coverage across depths, although results suggest that depth did not drive species richness or abundance. Sampling was uneven across habitats, although statistically significant results indicate that assemblage variation was still detected. Habitat was a strong driver of species richness, overall abundance and top predator abundance, with significant variation between the highest scoring habitat (coral) and the lowest (sand). Exceptional water clarity at deeper sites provided ideal BRUVS conditions, as shown by identification of 95% of individuals to species level.

Top predators accounted for 28% of sampled biomass in comparison to 12% estimated by previous SCUBA surveys (Sala et al., 2012; Friedlander et al., 2014), a discrepancy likely to indicate a function of attraction to the bait (Meekan et al., 2006; Watson et al., 2010). Two predators, greater amberjack Seriola dumerili and giant trevally Caranx ignobilis, were also observed on Pitcairn for the first time (Duffy et al., 2017). Bait also attracted cryptic predators which might otherwise remain concealed (Watson et al., 2010) with moray eels (Muraenidae) and hawkfishes (Cirrhitidae) recorded on 74% of samples. Of note was the sighting of just a single shark (gray reef Carcharhinus amblyrhyncos). Similarly, National Geographic divers recorded sharks on only three of their 26 transects undertaken at similar depths (Sala et al., 2012). Whilst the diver surveys and BRUVS are not directly comparable, it was expected that the presence of bait would attract more sharks. Combined results from the NGS and Darwin studies, coupled with evidence of regular local shark landings by the island community, indicate that human activities have affected the top predator assemblage.

Analysis of recent and historic catch data adds weight to the theory that the island fishery has impacted shark populations. Whilst no shark species were recorded during the 12 months of catch monitoring in 2015, historic catch data from 2006 to 2008 showed that 28 sharks were caught over a 20 month period (Götesson, 2012). BRUVS results indicated lower shark numbers than might be expected for a comparable non-exploited area, as corroborated by observations from the uninhabited nearby islands by Sala et al. (2012) which contrastingly revealed top-heavy trophic pyramids on Henderson Island and Ducie atoll, including abundant reef sharks. With top predators accounting for 62% and 35% of biomass at Henderson and Ducie, respectively, similar conditions might be expected on Pitcairn in the absence of fishery impacts (Friedlander et al., 2014). Furthermore, the low abundance of sharks at Pitcairn itself, with its history of targeted shark fishing, reflects acknowledged global trends whereby top predator abundance is substantially higher at uninhabited, remote “marine wilderness” sites in comparison to open access fishery sites or no take areas in locations of high anthropogenic impact (Soler et al., 2015; Letessier et al., 2019; MacNeil et al., 2020). Therefore, although Pitcairn’s historical artisanal fishery is small-scale, it appears top predators are over-exploited, and the acknowledged ecological vulnerability of these taxa to overfishing may have hastened their depletion around Pitcairn despite fishing pressure being low by global standards (Worm et al., 2013). In order to address this concern around over-exploitation of sharks, and to eradicate the practice of catching these species solely for their teeth, alternative means of obtaining shark’s teeth were suggested. Sustainable sources of shed teeth may be obtained from accumulation on beaches worldwide, or from aquarium tanks holding sharks (Dawson and Irving, 2020), although checks should be made with authorities and CITES to ensure that provision of sharks’ teeth from overseas follows regulations. The islanders understood the reasoning behind such a change and agreed to incorporate this within the proposed (inshore) Fisheries Management Plan (Dawson and Irving, 2020). The Plan also introduced a measure to prohibit the taking of any shark species using a set shark line. The United Kingdom Government’s Blue Belt Programme has been assisting the Government of the Pitcairn Islands to develop an MPA Management Plan (currently awaiting approval by the Pitcairn Island Council). Within the proposed Plan is an action to undertake regular monitoring of shark populations to assess the effectiveness of the restrictions included within the inshore Fisheries Management Plan (Hardman, MMO, pers. comm.).

The structure of Pitcairn’s assemblage is echoed in global data on reef fish communities on fisheries-impacted islands (Graham et al., 2017), with biomass dominated by low trophic level species. Study of the sampled trophic pyramid revealed a “bottom heavy” fish assemblage with herbivores and small predators dominant. Aside from sharks, other large predators were also rare, and it must be noted that 33% of the trophic level’s total sampled biomass was accounted for by four individuals: a giant trevally (Caranx ignobilis), a greater amberjack (Seriola dumerili|), the single grey reef shark (Carcharhinus amblyrhyncos) and an unidentified tuna (Thunnus sp.). Thus the biomass value reflects presence of large-bodied individuals rather than abundant top predators, as demonstrated by the trophic level only accounting for 6% of MaxN. Furthermore, S. dumerili and Thunnus sp. may have been attracted by the bait but should not be considered a permanent component of the reef-associated predator assemblage due to their pelagic life histories (Allen et al., 2007). Large reef-associated predators were almost entirely absent, with a single grey reef shark, one smalltooth jobfish (Aphareus furca) and nine bluestriped snapper (Lutjanus kasmira) the only records from their respective families on Pitcairn. The majority of sampled reef groupers (Epinephelus and Cephalopholis spp.) on Pitcairn were small, with coronation grouper (Variola louti) the only grouper measured above 400 mm, and only fourteen individuals of this species were sampled. This general rarity across all large reef predator taxa further suggests that the island fishery has altered fish assemblage structure, particularly when considering the prevalence of reef groupers in the fisheries catch data. Indeed the second-most frequently caught fish, the black-tip grouper (local name: red snapper) Epinephelus fasciatus is considered a desirable food fish, as is coronation grouper (local name faafaia) Variola louti, and both species, particularly larger-bodied individuals, were rare in the BRUV data. It is interesting to note that the crosshatch triggerfish (local name: pick-pick) Xanthichthys mento was the second-most abundant species present in BRUVS samples, and showed hyperabundance at specific sites with the highest recorded MaxN value for any species (165). It is likely that the dominance of crosshatch triggerfish is partially a result of the relative absence of large predators, resulting in the “mesopredator release” phenomenon (Ruppert et al., 2013). However, despite the abundance in BRUVS footage, crosshatch triggerfish are not recorded in the fisheries catch data. Fishers report that the species is often caught and discarded due to being a poor food fish, and therefore not recorded on the catch logsheets.

Whilst the large predator community was impoverished, small-bodied herbivores such as Pacific chub were hyper-abundant, at 24% of total MaxN. These species were recorded across all habitats and seen grazing on the algal beds which characterize the island’s shallowest waters, with this abundant food source a possible driver of Pacific chub dominance. Indeed, research in north-west Australia has shown a positive relationship between small herbivore abundance and increased algal cover on coral reefs (Ruppert et al., 2013). Pacific chub also consumed the bait, suggesting dietary opportunism which may further explain their dominance over other herbivores such as surgeonfish (Acanthuridae) and parrotfish (Scaridae), which did not consume bait and accounted for just 8% of total MaxN combined. Parrotfish are recognized as a reef functional group associated with increased hard coral cover and reef resilience (Heenan and Williams, 2013), and thus the rarity of the family has potentially negative implications for the overall health of Pitcairn’s shallow corals (Mumby et al., 2013), particularly given the observed proliferation of algae in shallow waters, which has likely resulted in coral overgrowth and mortality. The relative absence of suppressing large-bodied predators may also be an explanatory factor in the dominance of Pacific chub. Catch monitoring found the Pacific chub (local name: nanwe) to be the most commonly caught species. This is probably due to their abundance in Pitcairn’s nearshore waters, as indicated in the BRUVS results, rather than strong local preference as a food fish. It would appear that fishing off-take is not significantly suppressing Pacific chub populations.

Beyond the analysis of specific species groups as detailed above, catch monitoring has also provided an important characterization of the local fishery. Results indicate that all local fishing methods are practiced throughout the year at Pitcairn. The frequency of boat forays, particularly where these utilize an island longboat for fishing “parties,” are sporadic, depending on the availability of key boat operators, sea conditions, and the participation of a sufficient number of fishers. A weekend with calm sea conditions at a “quiet” time of year (with regard to impending cruise ship visits or island infrastructure projects which demand long working hours) is usually sufficient to entice fishers to venture out. This, and the potential for extra income from selling certain fish and lobsters to visiting cruise ships, appeared to be a key driver of fishing effort. However, data show that effort does not necessarily correspond with catch size, suggesting a variable fishery. Furthermore, it is apparent that fishing effort has declined considerably in recent decades. Historic fishing records published between 1976 and 1996 in the island’s newsletter, Pitcairn Miscellany, again showed a variable annual catch of between 4,000 and 12,000 individual fishes (Götesson, 2012), whilst the 2014/15 catch monitoring recorded just 1,190 fishes landed. Unfortunately, the Pitcairn Miscellany data do not record the number of fishing trips, or any equivalent measure of fishing effort. Nonetheless, several reasons can be suggested to explain the observed reduction in catch volume: (1) a gradual decline in Pitcairn’s resident population, reflected in fewer fishers and consumers; (2) an aging demographic; (3) a reduction in “free time” for residents to fish as a pastime; (4) an increase in foodstuffs imported from New Zealand, thus reducing reliance on local fish as food source; and (5) less demand from cruise ships due to higher food safety standards, with the purchase of seafood during voyages being restricted to certified suppliers (Shuttenberg and Dawson, 2012). It should be noted that the 2014/15 catch data may not be wholly indicative of catches during the preceding decade, firstly due to competing demands on islander time during the sampling period (which may have reduced fishing effort); and secondly due to some fishers choosing not to participate in the catch monitoring (six fishers participated). However, it is considered that a representative sample has been obtained for the species caught, together with their relative abundance, as indicated by the Pacific drummer being the most abundant species in both the fisheries catch and BRUVS datasets.

One component of the island fishery, which cannot be triangulated with BRUVS data, is the harvesting of lobster species. Demand for all three lobster species is reported to have grown in recent years due to ad hoc sales to visiting cruise ships and to supply the local restaurant (Coghlan et al., 2017). By the start of the Darwin project in 2014 on Pitcairn, it was becoming apparent that wild stock of all lobster species (Aesop slipper lobster Scyllarides haanii, Easter Island lobster Panulirus pascuensis and pronghorn lobster P. penicillatus) was rapidly diminishing. This was reflected in the increase in fishing effort required to fulfill purchase orders (Coghlan et al., 2017). In order to address this concern, we made a number of recommendations at project conclusion which included (1) a ban on the landing of berried female lobsters, which should be released back into the sea from a lifted pot; and (2) the introduction of marking female lobsters with a V-notch on a uropod of the tail (thereby identifying the individual for release if subsequently caught).

In summary, the “bottom heavy” assemblage on Pitcairn, as sampled by BRUVS and the fisheries catch data, is markedly different from assemblages at pristine unfished sites, both elsewhere in the island group (Sala et al., 2012) and at comparable reef sites in regional and global published data (Graham and McLanahan, 2013; Graham et al., 2017; Letessier et al., 2019). This is likely to be the product of a long term artisanal fishery targeting large reef predators including popular food fishes, and sharks primarily harvested for their teeth. Targeted fishing of a slow-reproducing group such as sharks is likely to be unsustainable even within this artisanal fishery context, and Pitcairn BRUVS findings echo recent observations on the global decline of reef sharks in fished areas (MacNeil et al., 2020). Fisheries impacts on top predators may have subsequently driven the observed proliferation of small-bodied herbivores and mesopredators, which have also taken advantage of abundant food sources such as widespread benthic algae. Once adoption of the proposed MPA Management Plan takes place, the regular monitoring of reef-associated top predator populations should indicate their current status and whether numbers have started to recover (as is hoped). Early anecdotal indications from islanders (in 2018) would suggest that the numbers of reef sharks at least are increasing (O’Keefe, pers. comm.).


Conclusions and Future Recommendations

By setting new quantitative information on Pitcairn’s marine resources in biogeographical and anthropogenic contexts through comparison with regional and global data, this study has improved the understanding of Pitcairn’s fish assemblage and highlighted evidence which may explain the observed assemblage structure. The value of BRUVS as a precise, repeatable and environmentally sustainable method has been demonstrated, and the scientific foundation for future conservation and management decision-making on Pitcairn has been substantially expanded. This study also made a major contribution to the identified aims of the Darwin Project (Dawson et al., 2013) through its assessment of key fisheries species by means of a mixed methods approach.

The application of BRUVS and catch monitoring information to setting catch levels and fishing quotas is recommended to inform ongoing fisheries management, in addition to regular surveys with this mixed methods approach in order to triangulate ecological and fisheries data. Establishment of regular sampling will be vital to monitor for any recoveries in high trophic level reef predators on Pitcairn in the 5 years since these data were collected, as fishing effort has likely continued declining and the historically intense shark fishery is now considerably reduced. It will also be important to review the impact of the Coastal Conservation Zones which were included within the Fisheries Management Plan (Dawson et al., 2017) to support the continuation of small-scale fisheries in nearshore waters.

There is potential for wider implementation of BRUVS on Pitcairn, particularly on the globally unique deep coral reefs around the island which extend beyond 40 m (Sala et al., 2012) and were beyond the logistical means of the 2014 BRUVS surveys. The use of mid-water BRUVS (Letessier et al., 2013; Santana-Garcon et al., 2014) in offshore pelagic habitats around Pitcairn would also provide valuable data to inform ongoing implementation and monitoring of both the Fisheries Management Plan and the MPA Management Plan. This is especially needed as catch monitoring demonstrated the targeting by local fisheries of offshore pelagic species such as yellowfin tuna (Thunnus albacares) and wahoo (Acanthocybium solandri) which cannot be effectively assessed by the shallow seabed-based BRUVS sampling deployed in this study. Whilst historical data (Götesson, 2012) and the 2014/15 catch monitoring have highlighted seasonal variations in catches of these fished pelagic migratory species, dedicated ecological sampling of these taxa is required to create robust, fisheries-independent data in support of management.
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The yellowfin tuna (Thunnus albacares: YFT) is a widely distributed, migratory species that supports valuable commercial fisheries. Landings of YFT are seasonally and spatially variable, reflecting changes in their availability and accessibility to different fleets and metiers which, in turn, has implications for sustainable management. Understanding the dynamics of YFT behaviour and how it is affected by biological and ecological factors is therefore of consequence to fisheries management design. Archival and pop-up satellite tags (PSAT) were used in the South Atlantic Ocean around St Helena between 2015 and 2020 to collect information on the movements, foraging and locomotory behaviour of YFT. The study aimed to (1) identify vertical behaviour of YFT within St Helena’s EEZ; (2) assess the timing and depth of potential feeding events and (3) to use the information to inform on the catchability of YFT to the local pole and line fishing fleet. Results indicate that the YFT daytime behaviour shifted between shallow with high incidence of fast starts in surface waters in summer months (December to April), to deep with high incidence of strikes at depth in colder months (May to November). Catchability of YFT was significantly reduced between May and November as YFT spent more time at depths below 100 m during the day, which coincides with a reduction in the quantity of YFT caught by the inshore fleet.
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INTRODUCTION

The yellowfin tuna (Thunnus albacares; YFT) is distributed throughout the tropical and subtropical oceans (FAO, 2020), with most YFT landed in the Atlantic Ocean targeted by sub-surface fishing gear (FAO, 2020). Its global distribution and accessibility in surface waters (Schaefer et al., 2014) makes YFT a commercially important species for many communities, particularly small island developing states and other remote islands. Though the spatial range of the species is important for management, the vertical distribution of YFT in the water column can also have implications on their availability to fishers in space and time.

Electronic tags have been used to provide an in-depth understanding of spatio-temporal movements and behaviour (Block et al., 2005) and fisheries mortality (Kurota et al., 2009). These tags provide a means of obtaining high-resolution data sampled over prolonged periods of time (sometimes over several years), which has been used to increase knowledge of tuna behaviour, including the environmental drivers of movement and habitat utilisation (Schaefer et al., 2007). Vertical movement analysis from previous tag studies show that YFT often remain at depths above the thermocline, though deeper waters are frequented depending on the foraging strategy of the tuna, with deep diving during the day between 200 and 400 m (targeting prey in the deep scattering layer) (Schaefer et al., 2007), and occasional deep dives in excess of 1,000 m (Dagorn et al., 2006; Schaefer et al., 2007, 2011). YFT habitat use varies with age with greater daytime average depths for larger fish (Schaefer et al., 2007). The drivers of changes in habitat use for YFT can include temperature, chlorophyll a and dissolved oxygen (Pecoraro et al., 2017), with temperature identified as the most influential environmental variable at a large spatial scale (Schaefer et al., 2007).

In recent years electronic tagging has been used to help validate stock assessment methods and to explore the accuracy of abundance estimates in support of fisheries management, as reviewed in Sippel et al. (2015). Abundance estimates from fishery-dependent data such as catch per unit effort (CPUE) needs to be standardised to help account for factors which affect CPUE but are not related to changes in abundance such as catchability (Lynch et al., 2012). Catchability can therefore be used to correct for gear-related biases in CPUE, thus improving population biomass estimates which are based on catch statistics (Goodyear et al., 2003). For example, deep longlining gears can result in the overestimation of abundance of pelagic species like bigeye tuna (Thunnus obesus) and underestimates of abundance of epipelagic species like sailfish (Ward and Myers, 2005).

To assess the catchability of a population to specific gears, the vertical behaviour of fish can be studied using electronic tags (Ward and Myers, 2005). However, other factors which may affect catchability must also be considered. For example in visual predators like YFT, limitations in visibility at night may reduce catchability by surface gears during this time as tuna are unlikely to see and consume bait. Thus, the inclusion of information about the feeding behaviour of the fish is also important and can improve estimates of catchability (Ward and Myers, 2005). Accelerometers can provide a means to estimate the depths that feeding may happen by extracting the periods of time when fast-starts (bursts in acceleration) occur (Rice and Hale, 2010; Broell et al., 2013; Gleiss et al., 2013). Fast starts represent brief and sudden accelerations which are used by fish during predator and prey encounters (Domenici and Blake, 1997). Recent tagging studies on bluefin tuna (Thunnus thynnus) show the potential that accelerometers have to record kinematics of large tuna in the wild (Gleiss et al., 2019).

In the South Atlantic, YFT are mostly caught by purse seine and longline fleets operating in and around the Gulf of Guinea (ICCAT, 2019). Bait boats are also used to target YFT, including around the remote island of St Helena (−5.7089 longitude, -15.965 latitude). Within St Helena’s Exclusive Economic Zone (EEZ), YFT are caught throughout the year by a local artisanal fishery that catches between 100 and 400 tonnes of YFT per year using pole and line methods (Collins, 2017). Recent analysis of the horizontal movements of tagged YFT indicates that there is a high degree of fidelity to the area (Wright et al., 2021). Results from this study are summarised in Figure 1. Landings of YFT can vary seasonally for the inshore fishing fleet, with the drivers of this seasonality in fishing success remaining uncertain, though this could be linked to changes in fishing effort, or changes in the vertical behaviour and catchability of YFT on the grounds targeting tuna.
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FIGURE 1. (A) The St Helena Exclusive Economic Zone (EEZ) in the South Atlantic including the fishing regions inshore (a), Bonaparte Seamount (b), and Cardno Seamount (c). (B) Map showing the kernel density of daily position estimates from satellite tagged tuna, and (C) release (green) and recovery (red) locations for archivally tagged yellowfin tuna. Bathymetry provided from the General Bathymetric Chart of the Oceans, GEBCO (ca. 1 km grid size) (Schenke, 2016).


The aim of this study is therefore threefold: (1) to identify the seasonal and diurnal vertical behaviour of YFT within St Helena’s EEZ, (2) to combine depth and acceleration measurements to assess the timing and depth of potential feeding events, and (3) to use the information from (1) and (2) to inform on the catchability of YFT to the local pole and line fishing fleet.



MATERIALS AND METHODS


Study Area

There are three main tuna fishing areas in St Helena’s EEZ: inshore regions (within 30 miles of land), Bonaparte Seamount to the north west of St Helena and Cardno Seamount to the north of St Helena, just inside the 200 nautical mile EEZ boundary (Figure 1A). Electronic tags (archival and PSAT) were deployed inshore and at Cardno Seamount, reflecting the fishing regions closest to land and at the limits of St Helena’s EEZ boundary.



Tag Deployments

The yellowfin tuna were caught using hook-and-line methods with barbless circle hooks and live or cut bait (Scomber colias or Decapterus sp.). Once on the vessel, a YFT was placed in a v-shaped sponge lined with marine plastic, and a saltwater hose was immediately inserted into it’s mouth to oxygenate the gills and a soft cloth soaked in a protective solution (PolyAqua®) was placed over the eyes. Methods used for specific electronic tag deployments are detailed in Wright et al. (2021). Briefly, YFT were tagged with MiniPAT satellite tags (Wildlife Computers, Redmond, WA, United States, n = 22) in November 2016 and December 2018 using methods detailed in Schaefer et al. (2007). Satellite tags which were recovered recorded depth, temperature, light and acceleration at between 1 and 5 s resolution. Archival tags were deployed on YFT in March 2018 (n = 48), December 2018 (n = 16) and January 2019 (n = 8). YFT tagged with archival devices were released with Cefas Technology Limited1 G5 tags (with a conventional tag attached), or Lotek ArcGeo tags2. Tagging methods for G5 tag releases are provided in Wright et al. (2021). Lotek tag releases were deployed using the same methods as G5 tags, except without anaesthesia and local analgesia. Archival tags were programmed to record depth and temperature at 1 min resolution. For the present study only recovered tags were included in the analysis.

Once electronically tagged, YFT were also double tagged with conventional tags on each side of the second dorsal fin. All YFT were measured (curved fork length; CFL or straight fork length; SFL), and a proportion were sampled for genetics (fin clip) and stable isotope analysis (muscle biopsy). CFL was standardised to SFL using a conversion factor [SFL = 8 + 0.96 cm CFL (Scida et al., 2001)]. All future lengths refer to SFL.

A reward of £100 was paid for YFT returned with archival or PSAT tags. Tagged YFT were either returned opportunistically or commercially landed. Data on recovery location, size of fish, sex, and maturity were recorded when possible.



Commercial Landings

All commercially caught YFT (tagged or not) were landed at the St Helena Fisheries Corporation processing plant. The gilled and gutted weight of all YFT (combined weights, but also individual weights where possible) were collected from landings data between 2015 and 2020.



Analytical Methods

Initial processing of the data returned from the tags was carried out by trimming the time series data based on the release and recapture date. A range of movement metrics were then calculated for each recovered fish: including dominant day/night behaviour and time spent below and above specific temperatures and depths, as detailed below. Analysis of YFT vertical movement was conducted in R (R-4.0.2), with all non-geographical figures created using ggplot2 (version 3.3.2).


Vertical Movements

The depth and temperature experience of YFT was aggregated and summarised by day. The time of day was distinguished using the sunrise.set function from the “StreamMetabolism” package (Sefick, 2016). A 30-min buffer before and after sunrise and sunset was used to define the crepuscular phase. Comparisons of monthly average depth during the day and during the night were compared using a two-sample Wilcoxon test with significance set at P<0.05. To assess the level of lunar illumination each night, the lunar.illumination function was used from the “Lunar” package (version 0.1-04, Lazaridis, 2014). Comparisons of the mean depth during the night with the lunar illumination were made using the Wilcoxon test (P < 0.05).

Daily behavioural classification was carried out to assess whether YFT were significantly deeper during the day compared to the night. The twilight phase was excluded for this analysis to ensure that only depth during the day and night were compared. Similar methods for the classification of the vertical movements were used in Griffiths et al. (2020). Based on the outcome of a two-sample Wilcoxon test, each 24-h cycle was classified as: (1) diel vertical migration (DVM), (2) reverse diel vertical migration (rDVM), or (3) no difference in depth. If depth was significantly deeper during the day than during the night, the fish was considered to be exhibiting DVM. If the reverse was true, the fish was exhibiting rDVM. Alternatively, if the Wilcoxon test yielded a non-significant result (P > 0.05), the day was classified as having no significant difference between day and night. To investigate seasonal changes, time spent in each vertical movement behaviour was summarised by calendar month.



Measurement of “Fast Starts”

For recovered PSAT tags (tuna 1116004, 1116009, and 83842), analysis was carried out on depth, temperature and acceleration signals. Depth, temperature and acceleration were recorded at 1 s (tuna 1116004) and 5 s resolution (1116009 and 83842). An example trace for tuna 1116009 is provided in Supplementary Figure 1. For consistency, all traces were standardised to 5 s resolution prior to processing. Acceleration was recorded on three axes of motion reflecting surge (X), heave (Y), and sway (Z) of the tuna, providing the pitch angle of the YFT and the magnitude of acceleration. Pitch angle was calculated from static surging acceleration [pitch = arcsine (α static surge) – β], where pitch (°) refers to the animal’s orientation with regard to the horizontal plane, α static surge refers to the smoothed surging acceleration and β to the offset of the tag’s axis in relation to the animal’s axis (Figure 2). β was determined using the method described in Kawatsu et al. (2010), by using the regression of vertical velocity and pitch. The magnitude of acceleration (MA) was calculated as the vector norm: [image: image]
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FIGURE 2. Depth, pitch, and magnitude of acceleration (MA) for yellowfin tuna 1116009 between 09:00 and 10:00 on 22/11/2016. The blue lines in the MA chart indicate where fast starts were identified, with the inset chart showing the histogram of MA values and the dashed line reflects the threshold defined for fast starts.


To identify when potential feeding events occurred, the timing of fast starts was assessed for each accelerometer tagged YFT. Fast starts are defined as brief sudden accelerations used by fish during predator-prey encounters and can be considered a form of burst swimming (Domenici and Blake, 1997). For the YFT in the present study, it is not possible to assess the exact threshold when a fast start occurred without video footage recording fast start behaviour and aligning with the time series of acceleration (Broell et al., 2013). YFT target fast-moving prey including small pelagic fish and squids (Laptikhovsky et al., 2020), with multiple prey consumed in a single feeding period. Acceleration during these feeding bouts should therefore result in rapid acceleration above the normal steady swimming behaviour of the tuna. Previous studies have identified fast starts by using thresholds linked to the standard deviation of MA for great sculpin (Myoxocephalus polyacanthocephalus) which is a sit and wait predator (Broell et al., 2013). In the present study, to identify potential fast starts, the periods of time when MA exceeded the 99th percentile (the upper 1% of MA) were identified (Figure 2).

The relatively low sampling frequency used in the present study will mean that a proportion of fast starts will not have been recorded (fast starts are sub-second events). The effect that down-sampling had on the identification of fast-start events was assessed by comparing the timing and frequency of fast starts when down-sampled from 3 to 12 s for an individual YFT (Supplementary Figure 1). Though the down-sampling reduced the quantity of fast starts measured, the relative signal for the entire trace remained consistent, indicating that down-sampled traces can still be used to identify the periods of time when fast-start (burst acceleration) events occurred.



Landings and Catchability

The capture of YFT within St Helena’s EEZ is by pole and line methods only, with fishing mostly taking place during sunrise and daylight hours. To ensure that landings were representative of the local commercial fishing fleet, landings per unit effort was calculated as the quantity of YFT landed per vessel per day. Five inshore vessels were used for this analysis as they had fishing effort for tropical tuna throughout the year. Discussions with several skippers revealed that the fishery mostly targets YFT at a depth range of 55–100 m. To calculate a metric of catchability in the local pole and line fishery based on YFT depth utilisation (Cd) we calculated the proportion of time that tagged YFT spent in waters less than 100 m deep and were therefore on the tuna fishing grounds regularly targeted by the local fishing fleet. Depths deeper than 100 m are therefore defined as deep. Only measurements taken during the day were considered, with Cd aggregated at a monthly level for illustrative purposes.





RESULTS

Twenty-seven tuna tags were recovered between 2017 and 2020, with 3 PSATs, 14 G5 archival tags, and 10 Lotek archival tags recovered (Table 1). All tuna were released inshore except for PSAT tagged tuna 83842 which was released at Cardno Seamount (Table 1). PSAT tagged tuna were between 101 and 125 cm and were at liberty between 45 and 232 days. Archivally tagged tuna were between 64 and 87 cm and were at liberty between 9 and 293 days. All geolocated tuna remained within or in close proximity to St Helena’s EEZ for the entire time at liberty with all recoveries on the grounds that they were released within 293 days (Figure 1). See Wright et al. (2021) for in-depth analysis of the horizontal movement of the yellowfin tuna tagged within St Helena’s EEZ.


TABLE 1. PSAT and archival tag release and recovery information for yellowfin tuna (Thunnus albacares) tagged in the St Helena EEZ, including the date, longitude (lon) and latitude (lat) of release and recovery.
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Vertical Distribution by Time of Day

The yellowfin tuna occurred in surface waters down to 1,014 m (Table 2). When all depth and temperature experience were summarised, YFT spent the majority of time (94%) in the surface waters (<100 m) at water temperatures above 20°C (88%), with internal body cavity temperatures mostly above 22°C (86%) (Supplementary Figure 2). The minimum temperature experienced by the YFT was 6.5°C (Tag L01195) which occurred on a dive to 500 m. The maximum difference in temperature within a 24-h period was 20.1°C which occurred on a dive to 200 m in January (Tag L01415; Table 1).


TABLE 2. Seasonal change in depth and temperature experience of electronically tagged yellowfin tuna during the day, night and within a 24 h period (All).

[image: Table 2]
An actogram of the depth use for four YFT provides an overview of behavioural change by time of day and season (Figure 3). During the night, YFT consistently remained shallow (<50 m), whilst during the day more time was spent deep (>100 m), with deep dives often occurring at sunrise and during the day (Figure 3). The average depth during the night varied with the lunar phase, with shallower dives (averaging around 20 m) when there was low illumination (new moon), and significantly deeper dives (averaging between 30 and 40 m) when illumination levels exceeded 0.85 (full moon; Supplementary Figure 3).
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FIGURE 3. Actogram showing the depth utilisation of yellowfin tuna 1116009, A14775, A14781, and A14799. Month is shown on the X axis and hour of the day is shown on the Y axis.


The magnitude of acceleration was used to assess the timing and the depth of potential strikes on prey (fast starts). MA was typically higher during the ascent of dives (Figure 2). The timing and depth of fast starts was used to assess potential feeding or strike events of the YFT (Figure 4A). There were three depth-strata where fast starts consistently occurred; surface waters (<20 m), at the boundary of the mixed layer (100 m) and in the deep scattering layer (∼300 m) (Figure 4B). Fast starts in the shallowest waters occurred both during the day and night. Fast starts in the mixed layer or deep scatter layer occurred at sunrise and during the day (Figure 4A). When all months were combined, fast starts peaked at sunrise and sunset, with lowest levels during the night (Figure 4C).
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FIGURE 4. (A) Density plot showing the time of day and the depth at which fast starts occurred by month. Noting that no accelerometer tagged tuna were at liberty between August and November. (B) Frequency of fast start events by depth, and (C) frequency of fast start events by time of day.


For the entire time at liberty the pitch angle averaged 0° at depth, which is linked to the correction factor used for the pitch angle which was based on the vertical speed (Supplementary Figure 4A). When the pitch angle for each fast start was extracted, there was a significantly elevated pitch angles at depths below 150 m compared to surface waters (Table 3 and Supplementary Figure 4B):
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TABLE 3. Summary of two-sample t-test scores comparing surface fast-start pitch angles (<50 m) to fast-start pitch angles at depths exceeding 50 m.
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Vertical Distribution, Landings, and Catchability by Season

The yellowfin tuna had significantly deeper average depths between May and November (Table 2), with an increased incidence of rDVM between December and March, indicating more time spent shallower during the day at this time (Figure 5B) which is reflecting as significantly higher Cd for these months (Figure 5A). Changes in vertical behaviour were also linked to changes in the timing of fast starts, with an increased frequency of deep (>100 m) fast starts between May and July as tuna increased the proportion of time spent at depth. In comparison, more fast starts occurred in surface waters between December and March (Figure 4).
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FIGURE 5. (A) Monthly proportion of time that tagged yellowfin tuna spent utilising depths shallower than 100 m (Cd). Significantly lower Cd compared to other months denoted with asterisk (P < 0.05). (B) Monthly proportion of time spent in each vertical movement behaviour [diel vertical migrations (DVM), when there was no significant difference in depth use between night and day (Non-Sig) and reverse DVM (rDVM)]. (C) Monthly mean landings per vessel per day (LPUE) for the yellowfin tuna fishing fleet of St Helena. (D) Correlation between Cd and mean total landings per month with linear model.


Comparisons between the average LPUE of YFT and the behaviour of YFT is shown in Figure 5. Average LPUE was highest between January and April with a mean LPUE of between 0.21 and 0.22 t landed per day per vessel (Figure 5C). Between June and November LPUE then reduced to between 0.11 and 0.16 t per day per vessel (Supplementary Table 1). The seasonal reduction in total inshore landings is consistent between individual fishing vessels inshore (Supplementary Figure 6). When mean LPUE for a given month and year was compared to the time spent in surface waters (Cd), there was a significant increase in the mean LPUE with Cd (P = 0.0015, adj. r2 = 0.33, F-stat = 12.95; Figure 5D).




DISCUSSION


Behaviour by Time of Day

Vertical movements of YFT can be influenced by a number of factors, including oceanographic features and prey behaviours (Block et al., 1997; Brill et al., 1999; Hoolihan et al., 2014). YFT in the present study spent more time deep during the day (with more deep dives) compared to the night (DVM). DVM enables pelagic predators to target prey residing in deeper waters during the day and is a common behavioural strategy for oceanic predators (Chapman et al., 2007; Coelho et al., 2015).

There was a clear switch in YFT behaviour at sunrise and sunset, with increases in activity level and depth range during the crepuscular phases (Figures 3, 4). Other large marine animals also show crepuscular increases in activity level which have been linked to feeding behaviour (Gleiss et al., 2013). For example, spotted dolphins increase activity and deep dives at sunset to coincide with the movement of the deep scattering layer to surface waters (Scott and Chivers, 2009). Increased incidence of fast start events at sunrise and sunset may be linked to this period having the highest predicted feeding rates (Thygesen and Patterson, 2019).

The yellowfin tuna spent the night in surface waters, with behaviour affected by the level of illumination resulting in deeper dives when there was a full moon. The link between depth and the level of light at night may indicate that tuna track prey which are deeper during the full moon or are trying to avoid predation. Similar links between depth and lunar illumination have been made for other pelagic predators including bigeye tuna, Thunnus obesus (Dagorn et al., 2000), grey reef sharks, Carcharhinus amblyrhynchos (Vianna et al., 2013), and white sharks, Carcharodon carcharias (Weng et al., 2007).



Physiology of Deep Dives

The yellowfin tuna are visual predators, with maximum depth limited by their cardiac function, which prevents them from spending prolonged time in deep, cold waters (Brill and Lutcavage, 2001). Previous studies indicate that there is a 72% decrease in cardiac output when the temperature drops from 25 to 10°C (Blank et al., 2002), which has implications for the energy available to flee from predators and to pursue prey. In addition to cold being a physiological barrier for these regional endotherms, the depth of the oxygen minimum layer could also be a limiting factor (Nimit et al., 2020). Therefore, feeding on prey in deep, cold waters has physiological implications for YFT with a trade-off between diving deep to search for prey and the physiological stressors at such depths. However, deep dives may be required for foraging on particular prey items or potentially for eluding predators (Block et al., 1997; Hoolihan et al., 2014). YFT from the present study had dives to a maximum depth of 1014 m and experienced ambient water temperatures as low as 6.4°C, which is within the range reported in previous studies [max depth of 1,600 m (Schaefer et al., 2014)].

Previous studies have alluded to YFT feeding on prey within the deep scattering layer, with a suggestion that further research is required to better understand the relationship between predators and their prey (Weng et al., 2009). The use of accelerometers provides a means to assess the timing of fast starts which are indicative of animals fleeing from predators or striking at prey (Harper and Blake, 1991; Broell et al., 2013). In the present study, the behaviour of YFT in deep waters close to the deep-scattering layer indicates that fast-starts (potential feeding events) occurred predominantly on dive ascents. YFT are visual predators with heated vision which helps with prey detection in relatively low light levels as shown in billfish (Fritsches et al., 2005). This visual adaptation provides an advantage over their cold-blooded prey in low-light environments, with tuna able to attack prey from below. The timing of fast starts on ascents in the present study suggests that YFT strike at prey which are above them in the water column and may be silhouetted against surface ambient light, making prey more visible from below.



Behaviour in Relation to Prey Availability

The yellowfin tuna are known as relatively non-selective, opportunistic feeders and consume a broad range of available prey (Laptikhovsky et al., 2020). They can utilise species that are available only for a short period of time due to temporal increases in abundance like swimming crabs (Dissanayake et al., 2008).

Analysis of stomach contents from St Helena’s YFT population is summarised in Laptikhovsky et al. (2020). Although in the tropics, St Helena experiences considerable seasonal environmental variation (e.g., SST ∼18 to 26°C) which result in discrete and highly seasonal spawning events, providing crucial feeding opportunities for YFT. An increased incidence of rDVM in the summer season is consistent with YFT seeking to exploit seasonally available productivity close to St Helena island, including the butterfly fish Chaetodon sanctaehelenae (Laptikhovsky et al., 2020). YFT likely target butterfly fish and similar juvenile neritic fish during the day as these species are inactive and rest on the seabed during the night, and so are unavailable to the tuna during this time (Ehrlich et al., 2009). The night was the period with the lowest frequency of fast starts, indicating that this period was likely the least important for feeding YFT.

As foraging opportunities decline in shallow waters in the colder months, YFT may need to target prey at other, potentially less optimal or physiologically taxing depths including the deep scattering layer, resulting in behaviour dominated by DVM in these months. Previous studies show similar diel patterns which have been linked to YFT tracking the behaviour of prey inhabiting the deep scattering layer (Weng et al., 2009). The increasing role of crustaceans in the cold season (Laptikhovsky et al., 2020) might also explain the switch in behaviour to strict predominance of DVM as mesopelagic shrimps became available at night and in relatively deep lower epi-pelagic region (Burdett, 2016).



Vertical Distribution by Season and Implications for Catchability

The targeting of YFT within St Helena’s EEZ is by pole and line fishing vessels at sunrise and during the day. The fishery targets tropical tuna by using a combination of cut bait, live bait and trolling in surface waters which means that fishing operations are limited to relatively shallow fishing grounds (surface 100 m). Catchability of YFT was significantly reduced between May and November as YFT spent more time at depths below 100 m during the day, which coincides with a reduction in the quantity of YFT caught by the inshore fleet. Although YFT were distributed in waters from the surface to depths in excess of 400 m, the accelerometery data indicated that fast starts occurred predominantly in surface waters (depths < 100 m) and in depths of 300–400 m, noting that the timing and frequency of fast-starts varied by the time of day and season.

For the regional stock assessment for YFT, the International Commission for the Conservation of Atlantic Tuna (ICCAT) uses CPUE from a number of fleets in operation in the Atlantic Ocean, including longline, purse seine, and bait boat (ICCAT, 2019). Noting that trends in CPUE can be influenced by a number of factors in addition to stock abundance (Goodyear et al., 2003). CPUE needs standardisation as a means to remove (or minimise) the impact of other factors unrelated to stock abundance. Therefore, the behaviour of the YFT and catchability by different gears needs to be accounted for. So, for the local bait boat fishery, the reduction in LPUE between May and November coincides with reduced catchability in the same months as tuna spend more time at depths < 100 m. If the behaviour of YFT in the wider Atlantic mimics the behaviour of YFT within St Helena’s EEZ, monthly catchability should vary for the different gears. For example, in the months where there is reduced catchability for surface targeting fleets like bait boats, there should be an increase in catchability for deep set gears like long lines.




CONCLUSION

Remote volcanic islands and seamounts are known to produce local upwellings and this has been linked to aggregations of pelagic prey and predators (Pitcher et al., 2007; Sergi et al., 2020). Previous studies have shown that YFT have extended fidelity to St Helena waters, with St Helena considered to be a feeding ground for tuna (Wright et al., 2021). Results from the present study provides evidence of diurnal and seasonal variability in the behaviour and catchability of YFT in the South Atlantic around the island of St Helena. This study shows the potential for electronic tags recording acceleration to be used to predict the depth and time when feeding behaviours occur. Future studies could explore the use of electronic tags to create models of catchability in space and time which can be used to help validate and standardise CPUE at a regional level, including assessing the drivers of spatial changes in catchability.
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Many remote islands present barriers to effective wildlife monitoring in terms of challenging terrain and frequency of visits. The sub-Antarctic islands of South Georgia and the South Sandwich Islands are home to globally significant populations of seabirds and marine mammals. South Georgia hosts the largest breeding populations of Antarctic fur seals, southern elephant seals and king penguins as well as significant populations of wandering, black-browed and grey-headed albatross. The island also holds important populations of macaroni and gentoo penguins. The South Sandwich Islands host the world’s largest colony of chinstrap penguins in addition to major populations of Adélie and macaroni penguins. A marine protected area was created around these islands in 2012 but monitoring populations of marine predators remains a challenge, particularly as these species breed over large areas in remote and often inaccessible locations. During the 2019/20 austral summer, we trialled the use of an unoccupied aerial vehicle (UAV; drone) to monitor populations of seals, penguins and albatross and here we report our initial findings, including considerations about the advantages and limitations of the methodology. Three extensive southern elephant seal breeding sites were surveyed with complete counts made around the peak pupping date, two of these sites were last surveyed 24 years ago. A total of nine islands, historically recorded as breeding sites for wandering albatross, were surveyed with 144 fledglings and 48 adults identified from the aerial imagery. The UAV was effective at surveying populations of penguins that nest on flat, open terrain, such as Adélie and chinstrap penguin colonies at the South Sandwich Islands, and an extensive king penguin colony on South Georgia, but proved ineffective for monitoring macaroni penguins nesting in tussock habitat on South Georgia as individuals were obscured or hidden by vegetation. Overall, we show that UAV surveys can allow regular and accurate monitoring of these important wildlife populations.

Keywords: southern elephant seal, wandering albatross, penguin, remote sensing, unoccupied aerial vehicle, drone


INTRODUCTION

South Georgia and the South Sandwich Islands (SGSSI) lie in the Atlantic sector of the Southern Ocean between the latitudes of 53S and 60S, and longitudes of 26W and 36W (Figure 1). This remote archipelago is home to globally important populations of land-based marine predators, some of which are recovering from historic exploitation, whilst others are in decline attributed to human activities. South Georgia has the largest breeding populations of Antarctic fur seals, southern elephant seals, and king penguins in the world and is an important nesting area for macaroni penguins and four species of albatross, including an estimated 1,278 pairs of wandering albatross (Boyd, 1993; Boyd et al., 1996; Poncet et al., 2017). The South Sandwich Islands have the largest population of chinstrap penguins in the world hosting almost 40% of the global population, alongside large populations of Adélie and macaroni penguins (Hart and Convey, 2018; Strycker et al., 2020). Monitoring these populations is important in the context of climate change, fisheries management and in an ecosystem that is recovering from historic over-exploitation. In 2012 the South Georgia and South Sandwich Islands Marine Protected Area (SGSSI-MPA) was established (Trathan et al., 2014) to effectively protect and manage the biodiversity in the waters surrounding the islands. The MPA includes both spatial and temporal restrictions on fishing activity designed to minimise impacts on the ecosystem, particularly marine mammals and seabirds.
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FIGURE 1. Location of South Georgia and the South Sandwich Islands in the South Atlantic, (A) Bay of Isles, (B) King Edward Cove, (C) Rookery Bay, (D) Hound Bay, (E) St Andrews Bay, (F) Beach Point, Thule Island.


The islands cover a total area of approximately 4,000 km2 with South Georgia being the largest, covering 3,755 km2. While much of the terrain is mountainous and unsuitable for wildlife, the low-lying coastal areas and smaller vegetated islands typically have high densities of seals and seabirds, particularly during the nesting and pupping season in the austral summer months (Croxall, 1979; Boyd, 1993; Boyd et al., 1996; Poncet et al., 2017). Vast colonies of up to tens of thousands of animals can often cover extensive areas. While some of these colonies are accessible to researchers via land routes from field huts and research stations, many of the largest colonies are on peninsulas that are isolated by glaciers, cliffs, and mountains, or they are concentrated on smaller offshore islands, and are only accessible by boat or potentially monitored through aerial surveys. This is particularly true of the South Sandwich Islands which are remote and difficult to land on due to rough sea conditions and steep, rocky shorelines.

The extent, inaccessibility and remoteness of these islands, along with the distribution and high abundance of wildlife, make accurate population monitoring a challenge when following traditional ground-based survey methods. Additionally, these islands are highly sensitive to accidental introductions of invasive plants, mammals and insects, with invasions having the potential to cause widespread destruction to the environment and enormous impacts on indigenous species including localised extinctions (Frenot et al., 2005; Martin and Richardson, 2019).

In order to improve the monitoring of wildlife on these remote islands, and in an attempt to mitigate our impact on the environment when conducting research, it is important to investigate new techniques, with a focus on emerging technologies, to update and develop new methods so as to conduct accurate, safe and efficient population surveys. One such technology, which has become a prominent scientific tool in recent years, is the development and advancement of UAVs (unoccupied aerial vehicles), also known as RPAs (remotely piloted aircraft) and more colloquially, drones. It has only been in the past few years that commercially available quadcopters and fixed wing UAVs have become affordable and reliable for professional use, allowing researchers to conduct highly detailed aerial surveys on a routine basis. Prior studies have shown that UAVs make it possible to conduct large scale population surveys with a far higher accuracy than ground counts (Ratcliffe et al., 2015; Hodgson et al., 2018; Dunn et al., 2021), in areas that may otherwise be difficult, risky or environmentally damaging to access (Goebel et al., 2015; Borowicz et al., 2018).

Long-term monitoring programmes have been established in the Southern Ocean for a number of decades, including the Commission for the Conservation of Antarctic Marine Living Resources (CCAMLR) Ecosystem Monitoring Programme (CEMP; Agnew, 1997), and the Southern Ocean Observing System (SOOS; Meredith et al., 2013). Such programmes set out to document change and to attribute causes of change. The use of UAVs now have the potential to enhance the objectives of such programmes, extending monitoring of ecosystem components where there is a critical need to observe and understand in order to better evaluate environmental change, so as to increase resilience to such change, and to ensure sustainable resource exploitation (Meredith et al., 2013). CEMP is focussed upon marine predators that are dependent upon Antarctic krill as a food resource (CCAMLR, 2014). SOOS has a broader focus, which also includes marine predators that depend upon many different prey resources. The Agreement on the Conservation of Albatrosses and Petrels (ACAP)1 is also supported through monitoring by members, and focuses solely upon procellariform seabirds with their diverse feeding habits. For all these taxa, the use of UAVs will allow researchers to assess and monitor populations at spatial and temporal scales previously limited by traditional monitoring techniques, enhancing established long-term monitoring and benefitting all such international programmes (Weimerskirch et al., 2018; Hyun et al., 2020; Dunn et al., 2021).

As well as supporting broad-scale regional programmes such as CEMP, ACAP and SOOS, UAVs also have the potential to enhance management at local scales. For example, monitoring of marine predators occurs at South Georgia at a number of sites. CEMP indicator species are monitored at Bird Island and at Maiviken; ACAP species are monitored at Bird Island and at Bay of Isles; and elephant seals are monitored in King Edward Cove. In addition to which, Oceanites2 conducts counts of penguin colonies (Foley et al., 2018) and the Penguin Watch programme3 conducts counts and camera monitoring (Youngflesh et al., 2021). All of these activities could be enhanced by UAV surveys.

(Table 1) given the abundance, diversity and widespread distribution of marine predators at South Georgia (Trathan et al., 1996) we have now initiated UAV aerial monitoring at key locations to supplement the existing monitoring, which was limited to colonies proximal to scientific stations. Here, we highlight three case studies to demonstrate the efficacy of UAV surveys, which we now consider to be essential, given the recent eradication of introduced mammalian species (Bazilchuk, 2013; Martin and Richardson, 2019), ongoing glacial retreat (Cook et al., 2010), and changing foraging opportunities at sea given the recovery of cetaceans (Zerbini et al., 2019; Calderan et al., 2020). Changes in the local ecosystem are now certain, but ascribing cause remains difficult. Moreover, it will remain difficult whilst monitoring data are sparse.


TABLE 1. Summary of surveys conducted during the study.
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MATERIALS AND METHODS

The studies took place at five locations on South Georgia (Figures 1A–E) and one location at the South Sandwich Islands (Figure 1F) between October 2019 and January 2020 (Table 1). At South Georgia southern elephant seal populations were surveyed along the coastline within King Edward Cove on the Thatcher Peninsula, and at Hound Bay and St Andrews Bay on the Barff Peninsula. Nine islands within the Bay of Isles were also surveyed with a focus on the wandering albatross population. Additionally, a king penguin colony at St Andrews Bay and a macaroni penguin colony at Rookery Bay were surveyed. As part of an expedition to the South Sandwich Islands a survey of a mixed Adélie and chinstrap penguin colony at Beach Point on Thule Island was carried out from a yacht.


Platform Specifications

All surveys utilised a commercially available quadcopter, DJI Mavic 2 Pro (DJI Inc., Shenzhen, China), equipped with the original 20MP RGB Hasselblad L1D-20c camera. The UAV was remotely piloted using the DJI GO 4 app (DJI Inc., Shenzhen, China; version 4.3) run on an iPhone 8 (Apple, Cupertino, CA, United States) or DJI smart controller (DJI Inc., Shenzhen, China). Being small and light the UAV was portable and did not require specialised launching or recovery equipment. The majority of flights involved terrestrial take-off and landing, apart from those to survey the Bay of Isles, Hound Bay and Beach Point on Thule Island, which were piloted from a vessel at sea within close proximity of the study site. Initial plans of using software to compile predetermined survey flight paths at South Georgia were dismissed, primarily due to limited internet access which would have been required to download the maps necessary for offline use when in the field, but also due to the imprecise location of targets within maps. Breeding colonies may expand, contract or shift location making it impractical to rely on predefined survey paths. The UAV was therefore controlled manually with the pilot configuring the camera settings to achieve consistent sets of imagery and estimating the level of overlap between images with attempts made to achieve at least 70% forward and lateral overlap. The majority of the surveys were flown at a horizontal speed of 5 m/s with the UAV set to capture a photograph every 2 s. An observer was present during flights to assist the pilot by keeping visual contact with the UAV and making observations of potential disturbance to wildlife. Briefings were given to observers by the pilot to ensure they were aware of emergency procedures, should an issue arise. The UAV pilots underwent training prior to the study and gained a Remote Pilot Qualification – Small (RPQ-S) and a Civil Aviation Authority Permission for Commercial Operation (CAA PfCO). Additional information on the setup of the UAV and flight procedures are available as Supplementary Material.

Flights were only conducted under suitable flying conditions and were made in accordance with the Air Navigation (Overseas Territories) Ordinance, following regulations set out by the Government of South Georgia and the South Sandwich Islands (GSGSSI) under Regulated Activity Permits RAP 2019/020, RAP 2019/024 and RAP 2019/050.



Case Study – Southern Elephant Seals

Southern elephant seals have been studied at South Georgia since the 1950s (Laws, 1956), however, only two complete whole island surveys of the population have been conducted, one in 1985 and another in 1995 (Rothery and McCann, 1987; Boyd et al., 1996). The majority of South Georgia’s elephant seal population haul out to give birth on the eastern side of the island with the greatest concentration, almost 50%, found along the eastern end of the north coast (Boyd et al., 1996). A number of significant haul out sites along this coastline are accessible to researchers but they have not been the focus of regular surveys due to their extent and the challenges of accurately and efficiently monitoring such large numbers of animals. It was along this coastline that we focussed our study.

Aerial surveys were conducted to monitor the population of southern elephant seals at three locations between the 2nd October and the 14th November 2019 during the annual pupping season. The surveys were conducted similarly at the three sites with the UAV being flown at a constant altitude of between 40 and 65 m above ground level (AGL) to produce orthoimages with a resolution of between 1.2 and 2 cm/pixel. The minimum altitude of 40 m AGL was identified as a height at which there would be little to no disturbance to wildlife based on similar studies using equivalent UAVs (McIntosh et al., 2018; Raoult et al., 2020). With the seals concentrated along the shoreline it was possible to fly along a single flight path, rather than having to carry out flight transects to cover larger study areas, this reduced the chances of animals moving between overlapping flight paths. Flights times were restricted by battery performance and none exceeded 20 minutes; all surveys were completed on a single battery charge.

Two of the three colonies, St Andrews Bay and Hound Bay (Figures 2B,C), were surveyed close to the estimated peak in pupping for the season. This date typically falls within the last week of October and is the time at which the majority of cows are on shore to give birth and suckle their pups (Laws, 1956; Rothery and McCann, 1987). St Andrews Bay was surveyed daily between the 22nd and 25th October, Hound Bay was surveyed once on the 25th October. These two sites are important breeding areas for the species, with St Andrews Bay being recognised as the largest gathering of southern elephant seals in the world and Hound Bay containing the third largest population on South Georgia (Boyd et al., 1996). These colonies, on the Barff Peninsula, were only accessible to researchers by boat under suitable environmental conditions, limiting the time and frequency of surveys over the course of the season. The field hut at St Andrews Bay was equipped with a generator which allowed for the frequent recharging of the UAV batteries in order to conduct daily surveys.
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FIGURE 2. Orthomosaic images overlaid on a base map showing the location of southern elephant seal aerial surveys at South Georgia, (A) King Edward Cove on the Thatcher Peninsula, (B) Hound Bay on the Barff Peninsula, (C) St Andrews Bay on the Barff Peninsula.


The third study site, within King Edward Cove on the Thatcher Peninsula (Figure 2A), was within walking distance of the King Edward Point Research Station. It was therefore monitored frequently throughout the season with opportunistic flights made between the start of October and the middle of November. The population of southern elephant seals within King Edward Cove falls under the long-term monitoring research conducted by the British Antarctic Survey and as such the aerial surveys were made in conjunction with established ground-based monitoring protocols. The population of elephant seals along the coastline, between Hope Point and Penguin River, was monitored weekly by an observer who conducted two consecutive ground counts, from which an average was taken. Animals were categorised as cows, bulls, suckling pups, and weaned pups. Aerial surveys were conducted to coincide with the weekly ground counts and involved flying along a single flight path at a height of between 40 and 60 m AGL.

Counts of southern elephant seals from the aerial imagery were all made by a single observer using opensource software, DotDotGoose (Ersts, 2019). The seals were differentiated into the four distinct categories used during the ground counts; cows, bulls, suckling pups and weaned pups, based on their size, pelage colouring, location on the beach, and proximity to other individuals (Figure 3). The observer had previously worked with the species in the field over numerous pupping seasons and, due to experience, did not need training on identification of the classes assigned to the study. Verification was conducted by a second observer who assessed the original count, identifying any additional or incorrectly identified animals.
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FIGURE 3. Section of southern elephant seal survey area at Hound Bay from the 25th of October 2019 illustrating the use of DotDotGoose counting software, extreme sexual dimorphism in the species allowed the observer to easily distinguish between cows and bulls.




Case Study – Wandering Albatross – Bay of Isles

The majority of wandering albatross nesting sites are concentrated along the north west of the South Georgia archipelago with 16% of the population historically found on nine small islands within the Bay of Isles (54.0270° S, 37.2567° W – Figure 4) (Poncet et al., 2017). The two largest islands, Albatross and Prion, contain the majority of the population of wandering albatross within the Bay of Isles and are monitored annually with ground surveys conducted to record nesting activity in January each year. Follow-up monitoring is conducted on Prion Island to study the breeding success of the population but the same is not done on Albatross Island due to the ecological sensitivity of the island and the logistical challenges involved. The seven smaller islands are infrequently surveyed due to their inaccessibility and their lesser importance as nesting sites, however, they still make up approximately 20% of the population within the Bay of Isles. The most recent surveys conducted in 2003/2004 and 2014/2015 show a decrease in the population across all of the islands (Poncet et al., 2006, 2017), but the decline in the Bay of Isles is smaller than elsewhere at South Georgia (Rackete et al., 2021).
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FIGURE 4. Orthomosaic images overlaid on a base map showing the location and extent of the aerial surveys conducted on the 20th of November 2019 from varying altitudes of between 80 and 120 m AGL within the Bay of Isles at South Georgia.


Aerial surveys of all nine historical nesting islands within the Bay of Isles were conducted on the 20th November 2019. Flights were made from the deck of the MV Pharos SG which was positioned within close proximity to the islands. A constant altitude of 120 m AGL was selected in order to efficiently cover the extent of the islands as well as to allow for the variability in topography, particularly when surveying Albatross Island which has an elevation of 80 m above sea level. A maximum altitude of 120 m AGL was in line with Air Navigation Ordinance regulations but was also at the limit of the utility of the spatial resolution provided by the UAV camera for identifying and counting the study species. As the surveys were conducted over large areas it was necessary to fly transects in order to cover the entirety of each island, this was done manually, with an estimated 70% overlap between flight paths.

In most cases surveys were completed on a single battery charge, however, during surveys of larger areas, such as Albatross and Prion islands, it was necessary to retrieve the UAV part way through the survey, change the battery and return to complete the remainder of the survey.

Orthoimages of islands within the Bay of Isles were mapped using QGIS (QGIS., 2020). Wandering albatross chicks and adults were identified and recorded on each of the nine surveyed islands. Existing coordinates of the nests on Albatross and Prion islands, collected from ground-based surveys in January 2019, were overlayed and acted as reference points for identifying chicks as well as for estimating fledgeling survival. The survival rate of the chicks on Prion Island was recorded during a ground-based survey of the population on the 12th October 2019, a month prior to the aerial survey.



Case Study – Penguins on South Georgia and South Sandwich Islands

St Andrews Bay has the largest population of king penguins on South Georgia with an estimated 250,000 breeding pairs (Foley et al., 2020), with the terrain allowing the colony to sprawl over approximately 1 km2. While ground and satellite counts have been made of the population at St Andrews Bay, these methods have their limitations, with ground counts lacking accuracy and verifiability, and satellite counts lacking resolution. Macaroni penguins nest along the north-east facing coastline of South Georgia with colonies found either on rocky slopes, such as at Bird Island and the Willis Islands, or within tussock grass habitat, such as at Rookery Bay where our survey took place. Mixed colonies of Adélie and chinstrap penguins nest on Thule Island in the South Sandwich Islands. While distinguishable from the ground, the two species can be misidentified if aerial imagery lacks a high enough resolution.

Aerial surveys of king, macaroni, Adélie and chinstrap penguins were made on expeditions with SY Pelagic Australis (Pelagic Expeditions) and MV Ocean Endeavour (Quark Expeditions). In the case of Rookery Bay and St Andrews Bay, located on the Barff Peninsula at South Georgia, flights were made from land in good conditions with surveys being conducted at an altitude of between 50 and 100 m AGL. Beach Point on Thule Island was surveyed at an altitude of between 50 and 60 m AGL but was piloted from the yacht with considerable movement at take-off and landing.

Images were recovered from the UAV after each flight and saved on external storage media, in duplicate, for further processing. The images were initially organised and processed using Adobe Photoshop Lightroom Classic (Adobe Systems Inc., San Jose, CA, United States) with keywords assigned to each unique survey, including additional metadata about the flights. Exposure corrections were made as necessary and altered image files were exported as georeferenced JPEGs for further processing. Agisoft Metashape (Agisoft 2020, Version 1.6.2)4 was used to align and stitch the images from each unique survey to form orthomosaic images. These were exported as georeferenced TIFF files for use in mapping software, and as lower resolution JPEG files for counts. The resolution of the orthoimages ranged from 1.2 cm/pixel in surveys conducted at 40 m AGL to 3.2 cm per pixel for those at 120 m AGL. Ground control points were not used during the surveys.



RESULTS


Southern Elephant Seals

Between the 2nd October 2019 and the 14th November 2019, a total of 50 aerial surveys were conducted to monitor southern elephant seal populations at King Edward Cove, St Andrews Bay and Hound Bay. It was possible to obtain complete, verifiable, counts of bulls, cows, suckling pups and weaned pups from the aerial imagery captured at all sites. Images captured from heights of between 40 and 75 m AGL provided adequate spatial resolution to clearly identify individual animals with only a single case of disturbance recorded to wildlife within the study areas. The case of disturbance involved a group of approximately 10 kelp gulls (Larus dominicanus) briefly mobbing the UAV, the birds did not come into contact with the UAV and no injuries were recorded. Disturbance following this incident was mitigated by increasing the altitude at which the UAV was flown, and the birds showed no further interest.

St Andrews Bay (Figure 5) and Hound Bay were surveyed close to the expected peak of the pupping season, typically within the last week of October. At this time the majority of cows were hauled out on the beaches to give birth and suckle their pups. Four consecutive daily counts at St Andrews Bay showed a gradual decrease in the number of cows hauling out each day with a difference of only 30 additional females (0.49% of the total number hauled out) between the 24th and 25th October 2019. This figure suggests that the peak of the pupping season was on, or very close to, the 25th October, with a total of 6,074 cows recorded across the beach. On this day a total of 396 bulls, 5341 suckling pups and 155 weaned pups were recorded at St Andrews Bay.
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FIGURE 5. Orthomosaic showing the extent of the aerial survey at St Andrews Bay on the 23rd October 2019 from 60 m AGL, (A) higher resolution showing southern elephant seals on the beach, (B) outflow from a glacial lake acting as a natural barrier which would have precluded researchers from conducting ground counts.


A single aerial survey was conducted at Hound Bay on the 25th October with 2,122 cows, 89 bulls, 1,906 suckling pups, and 63 weaned pups recorded. Time and battery constraints limited the extent of the survey within Hound Bay and so focus was placed specifically on the greatest density of seals hauled out along the main stretch of sandy beach with distinct terminal points.

King Edward Cove was surveyed frequently with opportunistic flights made almost daily at King Edward Point, and weekly along the entire coastline, under suitable conditions (Figure 6). Based on the daily counts around King Edward Point, the peak pupping date for this colony was the 28th October. Comparative ground counts along beaches within King Edward Cove (Figure 7) showed variation between methods with aerial counts consistently recording higher numbers of animals, particularly of cows and pups on beaches with higher densities of animals.
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FIGURE 6. Orthomosaic showing a section of the survey of southern elephant seals in the area around King Edward Point on the 15th of November 2019 from 40 m AGL, (A) weaned pups gathered away from the beach, (B) cows, pups and a bull on the shoreline.
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FIGURE 7. Comparative ground and aerial counts of southern elephant seals within King Edward Cove between the 2nd of October and the 14th of November 2019.




Wandering Albatross

An area of approximately 3 km2 covering nine islands within the Bay of Isles was surveyed over 4 h on the 20th November 2019. The orthomosaic images produced from these surveys were of a high enough spatial resolution to allow for the identification and quantification of wandering albatross adults and chicks across the islands (Figure 8). In total 143 wandering albatross chicks and 48 adults were identified (Table 2). Surveys conducted at 120 m AGL were at the upper limit of spatial resolution that was useful for accurately surveying wandering albatross and showed high pixilation when zoomed in Figure 8A.


TABLE 2. Number of wandering albatross adults and fledglings recorded from aerial imagery captured on the 20th November 2019 at the Bay of Isles.
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FIGURE 8. Orthomosaic of Albatross Island produced from images taken at 120 m AGL on the 20th November 2019, (A) wandering albatross fledgling close to its nest, pixilation is noticeable with lower spatial resolution, (B) wandering albatross fledgling on nest with adult in attendance, (C) group of giant petrels.


The fledgling survival rates calculated for Albatross and Prion Island were 74.5% and 64.3%, respectively.



Penguins at South Georgia and the South Sandwich Islands

In all cases, aerial surveys of the penguin colonies provided sufficiently clear imagery to identify individual birds, but with varying levels of success in population monitoring of each species.

Population monitoring of king penguins at St Andrews Bay was successful, with the UAV able to survey the extensive colony (Figure 9). Adults and chicks were clearly distinguishable in the imagery which, once fully analysed, will allow for a full census of the population at this site.
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FIGURE 9. Aerial survey of king penguins at St Andrews Bay on the 23rd November 2019 at an altitude of between 40 and 80 m AGL, (A) Section of the colony showing king penguin adults and chicks, (B) higher resolution image of king penguin chicks, (C) king penguin chicks in a crèche surrounded by adults.


While individual penguins and nests are clearly visible at the Rookery Bay macaroni penguin colony, their use of tussock grass habitat did not allow an accurate count of the whole colony (Figure 10). It is unclear whether correction factors based on ground counts could be applied, but the use of UAV flights is clearly not as advantageous for this species as for pygoscelis penguins and king penguins that nest in open ground. At other sites, macaroni penguins nest in more open habitats, on rock or scree, so counts of this species at some sites will be feasible.
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FIGURE 10. Orthomosaic of the macaroni penguin colony at Rookery Bay on the 22nd November 2019 from an altitude of between 50 and 70 m AGL, (A–D) higher resolution imagery showing the limitations of the UAV when surveying populations obscured by vegetation.


By launching the UAV from the yacht, it was possible to assess the remote and inaccessible mixed colonies of pygoscelis penguins on the South Sandwich Islands without the need to go ashore. In the mixed colony at Beach Point, species differentiation relied on substantial local knowledge from previous visits as well as nest colouration to differentiate between species (Figure 11). Flights closer to 40 m AGL appear necessary to distinguish species based on single observations, although this is closer to the level at which disturbance may become an issue.
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FIGURE 11. Orthomosaic of Beach Point, Thule Island on the 9th January 2020 from altitude of between 50 and 60 m AGL, (A) nesting chinstrap penguins, (B) nesting Adélie penguins.




DISCUSSION

With increasing concerns about the impacts of climate change and the expansion of the fishery for Antarctic krill (Trathan et al., in press), there is an urgent need to increase our monitoring of sentinel populations, such as the land-breeding seals and seabirds on South Georgia and the South Sandwich Islands. To date, monitoring has been largely restricted to colonies proximal to research stations (Bird Island and King Edward Point; Table 3), but those colonies may not be representative and impacts of fishing may be spatially constrained (Trathan et al., in press). Here we have demonstrated the efficacy of UAV surveys for many species, which will enable us to extend the existing monitoring to new locations and potentially provide a consistent monitoring programme to support the management of SGSSI and the associated Marine Protected Area. Any monitoring needs to be carefully planned and requires a detailed understanding of breeding chronology to ensure timing is appropriate and comparable between seasons. An indication of potential species, sites and timing for UAV monitoring is given in Table 3. Such extended monitoring will provide a much more detailed assessment of the populations and an indication of the status of the ecosystem and contribute to management by international treaty organisations such as CCAMLR and ACAP.


TABLE 3. Summary of previous or current monitoring programmes and proposed location and timing for long-term UAV monitoring of seal and seabird species at South Georgia.

[image: Table 3]Over the course of the austral summer, we were able to conduct aerial surveys over extensive areas of land, covering populations of wildlife at far higher densities than would otherwise have been possible during ground-based surveys within the same timeframe in the field. All of this was done safely, with minimal disturbance to wildlife, and gave access to areas that would otherwise have been challenging or impossible to survey using traditional methods. In addition to the case studies outlined here, the UAV was also utilised to survey colonies of Antarctic fur seals (bulls, cows, and pups) at long-term monitoring sites at Maiviken and survey nesting adults and chicks in the gentoo penguin study colony. In both cases the UAV provided quick, safe counts with minimal disturbance to the animals.

Not only were the aerial surveys more efficient to carry out but the imagery provided more accurate counts than comparative ground-based surveys, with the additional benefit of being verifiable by secondary observers (Dunn et al., 2021). This was clear from the southern elephant seal monitoring within King Edward Cove, which recorded consistently higher numbers of animals, particularly cows and pups, in the aerial counts. This level of accuracy is comparable with that from other UAV studies and comes as no surprise as smaller animals are easily obscured within high density colonies during ground level counts which only provide an oblique view of the population (Hodgson et al., 2016; Sweeney et al., 2016; McIntosh et al., 2018). The vertical perspective provided by UAV is limited to surveying colonies of animals in areas that are clear of obstructions, such as vegetation or near-vertical or over-hanging terrain. Surveys of the macaroni penguin colony illustrate the limitations of the UAV with birds nesting in tussock grass often being obscured. This challenging terrain makes surveying macaroni penguins at such sites difficult not only for aerial surveys but for ground-based surveys too.

Safety, not only for the researchers but also the environment and wildlife, was an important factor when considering the use of UAVs. When working around territorial land breeding marine mammals, such as southern elephant seals and Antarctic fur seals there is a risk of injury to researchers (Kouliev and Cui, 2015). Additionally, the presence of researchers in close proximity to seabird and marine mammal colonies, which is often required when conducting ground based surveys, can lead to changes in behaviour and disturbance of wildlife during observations (Engelhard et al., 2002; Viblanc et al., 2012). A number of studies have looked at wildlife reactions to UAVs and based on observations have provided recommendations for limiting disturbance (Hodgson and Koh, 2016; Rümmler et al., 2018; Weimerskirch et al., 2018). The majority of these studies have shown that seabirds and marine mammals are minimally disturbed by the presence of a UAV when flown at heights above 60 m AGL (McIntosh et al., 2018; Weimerskirch et al., 2018; Wang et al., 2019; Dunn et al., 2021). And with continual improvements in propeller and body design UAVs are becoming even quieter and more discreet. Therefore, by launching a UAV from a safe location proximal to the study area, and by flying responsibly and in accordance with guidelines and regulations, a pilot and observer are able to carry out aerial surveys well out of harm’s way with reduced disturbance to wildlife.

Biosecurity is of major concern throughout the sub-Antarctic with invasive species causing widespread environmental damage, and being responsible for major declines and even localised extinctions of a number of species on remote islands (Frenot et al., 2005). Intensive biosecurity programmes exist at South Georgia and the South Sandwich Islands and successful eradication programmes have been conducted, at great expense, to eradicate or control the spread of invasive species, but the most effective way to protect the islands is by avoiding unnecessary landings (Government of South Georgia and the South Sandwich Islands., 2019; Martin and Richardson, 2019). There are also increasing concerns over the accidental introduction of disease to populations of seabirds and seals which is an additional reason for researchers to limit contact with wildlife if possible (Grimaldi et al., 2011, 2015). We show that it was possible to successfully survey remote islands, such as those within the Bay of Isles and the South Sandwich Islands, without needing to go ashore, thereby mitigating the risks of accidentally introducing disease or invasive species.

It has been almost 25 years since the last complete survey of southern elephant seals on South Georgia, despite recommendations that surveys be conducted at major breeding sites at least every 5 years (Boyd et al., 1996). Our study provides the first population census at St Andrews Bay and Hound Bay, identified as the first and third most populous breeding beaches on South Georgia, respectively, and it will hopefully lay the foundations for future, regular monitoring of these important breeding beaches (Boyd et al., 1996). Traditionally only cows were recorded during large ground based surveys, with pups potentially providing useful statistics on the population but being considered too challenging to census accurately (Boyd et al., 1996). Detailed aerial surveys now allow us to census the entire population, looking at not only cows and pups, but identifying bulls too, thanks to the extreme sexual dimorphism exhibited in the species. Weaned pups are also distinguishable, typically having a lighter pelage than suckling pups and, having moved away from the main harems, grouping together on the upper sections of the beaches. A more holistic view of the population will give us a greater understanding of the population dynamics and a better insight into the health of the species.

The aerial surveys within the Bay of Isles allowed for a full census of fledgeling and adult wandering albatross across the nine islands, giving the first breeding success data for Albatross Island since 2002, providing information on fledgeling dates for Prion Island, and giving the first records of fledglings on the seven smaller, less well studied islands, in recent years (Poncet et al., 2006, 2017). The aerial survey of Prion Island on the 20th November 2019 found five fewer wandering albatross chicks than were found during a ground-based census of the population conducted on the 12th October 2019. This was not expected as records from a long-term study colony at Bird Island, located 50 km west of the Bay of Isles, showed that only one chick out of fifty-nine had fledged by this date with the median fledging date being the 7th December 2019. Having survived to this age and appearing healthy during the ground survey a month earlier, and with no evidence of carcasses seen in the aerial imagery, it is unlikely that the chicks had died, so either they were overlooked, or they had fledged earlier than expected. Differences in the breeding biology of wandering albatross at Bird Island and in the Bay of Isles has been noted previously, so further detailed study of this site is warranted (Rackete et al., 2021). The surveys were conducted later in the season than originally planned, with the first attempt a month earlier being postponed due to high winds and poor visibility. By the time of the survey the majority of fledglings, having lost their white down, appeared as mottled black in the images, making them less conspicuous than they would have been a month earlier. While there is a size difference between wandering albatross fledglings and giant petrels, in some cases their colouration made it challenging to distinguish between the two species, especially in areas with a lower spatial resolution as a consequence of flying at constant height over variable terrain (Figures 8A,C). Adult birds, with their white plumage were highly conspicuous (Figure 8B), and future surveys, conducted at the start of the nesting season, will provide useful information on the population of the species within the Bay of Isles.

The limitations of spatial resolution in the aerial imagery were also illustrated in the survey from the South Sandwich Islands. While individual penguins could be seen from the imagery, identification of the two species nesting alongside one another was assisted with background knowledge of the location and distribution of the colonies from previous visits to accurately distinguish one species from the other. To improve the spatial resolution using a UAV with a similar sensor to that of the Mavic 2 Pro it would be necessary for the surveys to be conducted at a lower altitude, however, this may cause disturbance. Alternatively, a higher resolution camera could be used but a larger more costly UAV would be required to carry the extra payload. The benefit of higher resolution aerial imagery was illustrated at Signy Island where (Dunn et al., 2021) used a UAV equipped with a larger sensor and were able to distinguish between sympatrically breeding Adélie and chinstrap penguins (Dunn et al., 2021). While limitations for surveying mixed colonies, or single species colonies nesting in complex environments with obstructions of terrain or vegetation, aerial surveys of single species colonies nesting on open terrain, such as king penguins at St Andrews Bay, proved very successful.

Wind and precipitation are a major limiting factor when considering the use of UAVs for wildlife monitoring. The UAV used in this study, DJI Mavic 2 Pro, has a maximum recommended wind resistance limit of between 29 and 38 km h–1 and lacks any water resistance, so it can only be operated in relatively calm, dry conditions. As the technology and design of UAVs improve, environmental conditions will become less limiting but for now researchers will have to work within the bounds of current devices.

An alternative to UAV imagery is satellite imagery, which is becoming more widely used in population monitoring (McMahon et al., 2014; Wang et al., 2019; Strycker et al., 2020). However, satellite images can only be captured on clear days with little to no cloud cover and the images that are captured have a fairly low spatial resolution, the finest of which is currently 31 cm per pixel. UAVs on the other hand are able to capture aerial images on cloudy days, as long as the clouds are above the flight ceiling, providing high spatial resolution at altitudes high enough to avoid disturbance of wildlife. Additionally, once the initial outlay for the hardware is made, they are inexpensive to fly and maintain.

Ground, UAV and satellite surveys for wildlife monitoring each have their own unique pros and cons, many of which have been documented in the literature (Wang et al., 2019), and while none are perfect some are more applicable to certain situations than others. This study confirms the findings of many others (McIntosh et al., 2018; Hyun et al., 2020; Dunn et al., 2021) in showing that UAVs provide a useful tool for surveys of extensive colonies of animals in remote locations. Despite their limitations, such as not being useable in unsuitable weather conditions and limited battery life, the technology has advanced rapidly over the past few years and will continue doing so in the years to come. Future work at South Georgia is already planned using both quadcopters similar to those used in this project and also fixed wing UAVs that can survey in wind speeds of up to 46 km h–1 and with a battery duration of 90 min. In planning such surveys, it is critical to have knowledge of the demography of the study population in order to identify the best time of year to undertake the surveys and, for some species, the window of opportunity is quite short.

With the enhanced monitoring capability afforded by UAVs, future work will now help document the changing ecosystem at South Georgia, and in particular help improve ecological understanding in order to further the objectives of CEMP, ACAP and SOOS. We have identified key sites for future monitoring of important species at South Georgia (Table 3) and it is intended that these sites are surveyed on a regular basis to assess future change. Regular planned surveys as well as opportunistic surveys at these sites will help identify important changes.
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Maritime states are faced with the challenge of effectively managing their marine spaces to use resources sustainably, maximise economic potential and simultaneously protect their marine environments. Anthropogenic activities, whether in isolation or combination, all have effects on the natural environment. Each of these effects has a footprint in time and space. Assessing the distribution and intensity of human activities and their effects on marine biodiversity, and all other human uses and users is necessary for effective spatial planning, as well as to harmonise conservation with sustainable development. Assessing and managing combined pressures from human activities can be achieved using risk assessment and risk management processes. There are multiple examples of environmental risk assessments which propose a similar formula. However, standardised approaches to ecological risk assessment in data-limited locations that relate to sand extraction are limited. Also most assessments require a certain level of information to produce meaningful outcomes, that enable subsequent management action to appropriately reflect the identified level of risk. Here we outline an approach to assess the risk to the marine environment of sand extraction activity within the Exclusive Economic Zone and Marine Protected Area of St Helena Island in the Atlantic. The proposed risk assessment tool has supported the development of a sand extraction management strategy on St Helena, and will be used to inform future management plans and policies that allow anthropogenic activities to take place in a way that balances local management, monitoring and enforcement capability, in line with the International Union for Conservation of Nature (IUCN) Category VI designation. Both the tool and strategy promote sustainable use of resources and protection of the marine environment, which are key objectives stated in the St Helena Marine Management Plan.

Keywords: environmental, risk, assessment, extraction, sustainable, MPA (Marine Protected Area), St Helena


INTRODUCTION

The marine environment provides a set of ecosystem goods and services that are critical for societal wellbeing, cultural importance and prosperity, whether for food, transportation, tourism and recreation, provision of natural materials, management of blue carbon budget or waste disposal, to name a few (Beaumont et al., 2007; Liquete et al., 2013; Cabral et al., 2015; Schuhmann and Mahon, 2015; Rees et al., 2016). These services are particularly important for remote and isolated island communities, whose economies are often reliant on the jobs, food and raw materials afforded by their local marine environments (Teelucksingh et al., 2013; Forster et al., 2014; Baker et al., 2015; Techera and Appadoo, 2020). There is a growing demand for marine space and resources which leads to marine activities overlapping and applying cumulative pressures to the marine environment, thus challenging the ambition for sustainable development and use (Koss et al., 2011; Goodsir et al., 2015; Austen et al., 2018). Complex spatial management considerations arise where the policy objectives aim to achieve sustainable development. Integral to effective spatial management, including sustainable use, is a clear process supported by scientific evidence (Rosenberg and McLeod, 2005).

The sustainable development of the marine environment, as well as the wider environment, is high on the global political and scientific agenda (UN, 2016). However, the vision of achieving and maintaining sustainable development is threatened by the increasing number and frequency of different types of activities in the marine environment (Judd et al., 2015; Elliott et al., 2020; Lonsdale et al., 2020; Caswell et al., 2020; Jouffray et al., 2020). To attempt to reach this global vision (for a suite of complex ecosystems), marine managers need to be able to robustly and consistently assess the potential risks an activity could have on the marine environment, and balance the environment, social and economic needs with the legal system (Dawe and Ryan, 2003; Rogers et al., 2007; Elliott, 2013).

For developed States such as the United Kingdom that share seas with similar neighbouring States, and have an historic and rapidly expanding marine sector, there is often an established process for ocean governance. This includes access to tools and/or methods to assess the interactions of new and emerging activities on the marine environment (Boyes and Elliott, 2014, 2015; Lonsdale et al., 2015). These developed States with established offshore industries also tend to have greater access to funds and equipment, which improves their ability to generate environmental data over time and space, and consequently, affords higher confidence in the evidence available to inform decision-making. Assessments based on sound data and evidence, collected and analyzed based on standard practices, are typically less influenced by the subjectivity of expert judgement, and are typically more robust.

The global vision requires all States, including small island and remote States, to undertake robust, consistent and transparent assessments to predict, manage and where applicable, mitigate impacts to ensure sustainable development (UN, 2016). Whilst these small islands and remote States are often unable to access the funds, equipment, personnel, and capability necessary to conduct extensive monitoring required for such assessments, they do have extensive knowledge of the local human activities and marine environment. This can enable an environmental assessment to be undertaken, but requires a standardised approach to facilitate the process. Moreover, seeking to capture all the relevant data would be time and resource intensive (Lonsdale et al., 2017). Nevertheless, a paucity of data does not remove the need for a State to manage its waters, nor should it stop or delay progress towards sustainable development.

Risk-based decision-making is a process of choice, based on identification of the likely consequences of different options and selection of the best course of action to minimise and manage environmental risk (Gormley et al., 2011). Risk assessments that link relationships between environmental receptors and human pressures can assist with the evaluation of effects. They can also help to understand the nexus between the magnitude of a pressure and sensitivity of a marine receptor, and are increasingly included in the process of managing human activities. Risk assessments can be both quantitative and qualitative (Holsman et al., 2017) and often include a level of expert judgement. However, their reliability is often challenged by a multitude of complex interactions that are present within marine and coastal ecosystems.

There are multiple examples of environmental risk assessments which propose a similar formula: (1) formulating the problem; (2) carrying out an assessment of the risk; (3) identifying and appraising the management options available; and (4) addressing the risk with the chosen risk management strategy (see Gormley et al., 2011; Cains and Henshel, 2021). An international standard exists for risk management, the International Organisation for Standardisation (ISO) 31000. Globally, this standard has been employed alongside other risk-based methodologies for marine management purposes, for example, as a risk-based approach to implementing the ecosystem approach to fisheries management (Fletcher, 2005, 2015).

However, standardised approaches that apply quantitative and qualitative evidence in data-limited situations or locales are scarce and/or may require investment (to purchase tools or implement wider standards/organisational schemes). This can lead to an under- or overestimation of threats to the marine environment and potentially effects on marine receptors. A reliable means of assessing the risks from different human activities is essential to a management programme seeking to reduce environmental risk to as low as reasonably possible, whilst sustaining the integrity of marine ecosystems. There is little specificity in terms of data-limited environmental risk assessment methodologies, at either national or international levels. Furthermore, information on case studies that utilise the available methods are not widely publicised [e.g., ISO 31000; Bowtie analysis (Cormier et al., 2019) CHARM model (Thatcher et al., 2017)] and it is, therefore, difficult to determine whether these are fit for purpose.

Environmental risk assessments can, and need to be applied in situations/locations where data may be limited to ensure a consistent approach to marine management where, otherwise, data paucity may be used as a reason to allow a development with high uncertainty and low confidence assessment outcome to progress (e.g., Gilman et al., 2014; Krishnakumar et al., 2017; Caballero-Gallardo et al., 2020; Pratap et al., 2020). One activity which is established throughout most of the world, with generally known impacts is marine aggregate extraction (Velegrakis et al., 2010). The impacts of marine aggregate extraction are well documented (Newell et al., 2004; Kaikkonen et al., 2018; Anbleyth-Evans, 2018) with impacts ranging from local (increased water depth at the dredge site) to wide reaching (plumes from screening of material). Whilst the impacts of aggregate dredging can be mitigated for, they cannot be eliminated completely, yet with marine aggregate a major source for developments both in the coastal areas (e.g., marinas) and on land (e.g., in buildings or roads) it is likely the demand will remain for some time (Velegrakis et al., 2010). In England (United Kingdom), a novel approach to maintaining benthic communities has been established (Cooper, 2013). Given the finite viable resource and the high likelihood of ongoing impacts, the activity itself is not deemed sustainable, but steps can be taken to work towards wider sustainable marine development.

This paper presents a standardised approach to environmental risk assessment for extraction of sand (used in small scale construction projects) in a data-limited situation. It outlines the first of a multi-stage methodology for risk assessment which builds on the strengths of previous risk assessments, but is specifically tailored to the needs of a small, remote island with limited resources and a paucity of extraction-specific monitoring data. The approach was developed for and tested on a case study for a small island State, St Helena, to consider the potential impacts and management of sand extraction within a designated MPA. The step-wise process was devised to facilitate robust, consistent and transparent management of the ongoing (and future) activity, and to ensure sustainable use of resources and protection of the marine environment (and features of the MPA). Whilst it has been developed predominantly for a data limited case, the process should ideally be accompanied by data collection to address gaps in the evidence base, decrease uncertainty and increase confidence in the assessment.



METHOD

Using definitions (pressures; effects; pathway; impact) described by Judd et al. (2015), we describe an approach that is considered to be aligned with existing methods of environmental risk assessment (e.g., Gormley et al., 2011; NIWA, 2012; Judd et al., 2013; Rowden et al., 2015).

The chosen ecological risk assessment in this study has been presented in the form of a step-wise decision tree (Figure 1). The method draws on the principles of environmental impact assessment and ecological risk assessment approaches, with a measure of certainty for communication to managers and decision-makers. It is intended that the decision tree would be utilised by marine managers/regulatory staff in the geographic location where the assessment will be undertaken, since these personnel typically have knowledge of the local geographic environment and marine activities.


[image: image]

FIGURE 1. Decision tree for assessing potential risks posed by sand extraction and actions required. ‘H’ High risk; ‘M’ medium risk; ‘L’ low risk; ‘N’ negligible risk. Dashed lines represent feedback loops following the collection and assessment of data.




Step 1: Characterise the Activity

The purpose of Step 1 is to enable a relatively quick characterisation of the activity, by answering questions about the nature of the activity and surrounding environment (Table 1). The questions and scores were modified from Judd et al. (2013) and Lonsdale et al. (2015). The criteria were agreed by experts in regulatory science and the application of risk assessments in marine activities (including aggregate extraction) and in consultation with St Helena Government.


TABLE 1. Questions and criteria to be considered when characterising an extraction activity. ‘H’ High risk; ‘M’ medium risk; ‘L’ low risk; ‘N’ negligible risk.
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History of the Activity: Has It Occurred Previously or Is It a New Activity?

If an activity is new, any potential impacts which may present a risk to the marine environment may not have been identified or quantified. If the activity has been carried out before, on a similar scale and in the same location, potential impacts are likely to have already occurred. If no significant adverse impacts have been identified at a previously impacted site, the continuation of activity at a similar scale and magnitude is unlikely to result in additional impacts and the proposed activity may be considered lower risk.

However, concluding that an activity is low risk because it is existing or has occurred previously will produce lower confidence in the assessment and introduces the potential for indirect, or direct impacts to remain unidentified. This scenario is particularly relevant for small island states that do not routinely monitor the activity. Assessment of the impacts of an existing activity with no prior monitoring data will provide a new baseline against which an assessment can be made, and this new baseline may not necessarily reflect the original baseline. The assessment should account for this shift in baseline and identify evidence gaps to be addressed through additional data collection. A feedback loop is, therefore, included in the approach to link the collation of data (either through baseline surveys or monitoring), to a review of the assessment where the risk can be re-assessed.



What Is the Scale of the Activity Based on the Activity Footprint (Primary Area of Seabed Affected Plus Secondary Area)?

Level of risk at this stage can be associated with the footprint of the activity. For the sand extraction activity, this translates to the area of seabed directly affected by the extraction (Primary Impact Zone or PIZ), but can also consider the wider area within which indirect and secondary impacts can occur (the Secondary Impact Zone or SIZ). Hence, the extraction footprint comprises the combined effects of the directly affected area (PIZ) and adjacent areas in the SIZ that may be exposed, for instance, to overflow of sediment. Extraction areas of 500 m2 are likely to present highest risk to the marine environment whilst extraction areas <10 m2 are likely to present negligible risk (Table 1). It should be noted that the numerical values for the dredging area and depth criteria (Table 1 and Figure 1) are from a dredging risk screening tool, that was developed to assess risk from dredging in United Kingdom waters (Judd et al., 2013).

In general, the larger the footprint, the higher the likelihood that the activity will impact on receptors and, therefore, the higher the likelihood that an impact assessment will be required. Additionally, consideration of size of the potentially impacted habitat relative to the scale of the activity footprint can be important, notably where habitats are rare in occurrence.



What Is the Duration and Frequency of the Works?

Frequency and duration of extraction can directly influence significance of impact. The activity may coincide with important ecological times for receptors e.g., migration, nursery or spawning periods which may have been determined if there are data available for the geographic area of interest. Information may be available for the receptor group in other geographic locations. This could be used a proxy in the absence of data for receptors in the area of interest. It is recognised that a level of knowledge may thus be required about ecological receptors, sensitive timings and whether other information for receptors/receptor group could be used as a proxy.

Risk can be considered along a scale, with highest risk indicated for activity occurring very frequently and/or for >6 months duration, whereas at the lower end of the scale, negligible risk is indicated for work <1 week, and/or occurring very infrequently (Table 1).



What Is the Proposed or Existing Extraction Depth?

Dredge depth is considered in this initial step because it may lead to changes in sediment size distributions of seabed habitats and consequently, changes in benthic communities and their ability to recolonise an area (Newell et al., 1998; Seiderer and Newell, 1999; Foden et al., 2009; Cooper et al., 2011; de Jong et al., 2015). Deeper sediments tend to have different physical properties to the uppermost layers due to a variety of physical factors e.g. compaction and oxygen availability. In general, different benthic organisms prefer different sediment size fractions (e.g., Cooper, 2013).



Is the Proposed Activity Located in or Near to Any Sensitive Areas?

Designated sites/sensitive areas (SAs) are identified in relation to the activity. In this study, SA are defined as either a marine protected area where the activity is >0.1% of the protected area, or a spawning ground, migration route or vulnerable marine ecosystem. Risk can be considered in terms of highest risk indicated for activity within 2 SAs, whilst at the lower end of the scale, negligible risk is indicated for activity that is not inside or within 5 km of a SA (Table 1). Whilst all receptors should be considered in an assessment, SAs represent the habitats and species that are considered most vulnerable and/or rare, and may play a key role in protecting wider habitats, communities and environmental function. These areas may be designated as protected areas or simply consist of an area of functional or ecological importance, such as a spawning or nursery area. These areas may warrant additional protection and should, therefore, be considered as part of the assessment.



Outcome of Step 1

If all answers to step 1 are reported as ‘negligible’, no further assessment is required because the level of environmental risk associated with the project is considered negligible. If any of the answers are categorised as ‘low’, ‘medium’ or ‘high’, proceed to Step 2.




Step 2: Identify Pressure Pathways and Environmental Receptors

In this step, there is a review of the potential pressures from sand extraction. A pressure is a mechanism by which an activity can have effect on a part of the ecosystem. Noise, removal of seabed substrate and generation of suspended sediment are all examples of pressures.

Are there any receptors (habitats and species) present that are considered sensitive to these pressures? Benthic invertebrates are examples of receptors. Is there a direct or indirect pathway that would enable the pressure to affect the receptor directly or indirectly? In the example provided, the surface layers of sediment removed within the extraction area, can destroy benthic habitats (like burrows) and alter sediment particle size distribution.

There are several ways to display the information and outputs of step 2. Activity pressure-matrices are one such method. An exert of the benthic receptors pressure-activity matrix is shown in Table 2, with the full matrix in the Supplementary Materials. The matrix contains a list of activities relevant to the sand extraction case study, that have been identified from existing knowledge of the activity. A list of pressures are shown in the matrix and the pressures are based on the standardised marine pressure descriptions, originating from work in the North East Atlantic by the Oslo-Paris Convention Intercessional Correspondence Group on Cumulative Effects (OSPAR ICG-C) in 20111.


TABLE 2. Exert of the benthic receptors pressure-activity matrix.
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The Joint Nature Conservation Committee (JNCC) pressures-activities database (PAD)2 was consulted in step 2 to help identify potential pressures from aggregate dredging (in a UK context); this activity was considered to be comparable to the sand pumping at St Helena. The PAD is a compilation of evidence on the relationships of marine-based human activities and their associated pressures (based on the OSPAR pressure list) and is UK-based. The PAD gives an indication of the general risk the pressures pose to the environment under normal conditions, and all activity-pressure relationships, supported by available evidence with confidence scoring (Robson et al., 2018). In the present study, the activity-pressure table in the JNCC PAD was filtered to display aggregate dredging and associated pressures. The corresponding information on the types of pressures and accompanying evidence was used to inform the development of receptor-specific matrices.

For each activity-pressure combination in the matrix, potential for an activity-pressure pathway is appraised using expert knowledge and peer-reviewed literature. Receptor presence and ecology (including potential sensitivity) have been drawn from published studies (including: Newell et al., 1998, 2004; Seiderer and Newell, 1999; Boyd et al., 2005), monitoring datasets (where available for St Helena), and analogous assessments for an activity (which may be in a different geographic locale), as well as expert judgement. By working through each pressure-activity combination, it is possible to ‘screen’ in or out the activity-pressure pathway for/from further assessment.

The identification of potential impact pathways through a screening process is a common approach applied within Environmental Impact Assessment (EIA), because it helps to identify which activities, pressures and receptors are linked by pathways that might eventually result in impacts. These are the interactions that can be carried forward for further assessment in steps 3 to 7; the remainder can be scoped out of the assessment on the basis no impact pathway exists.


Outcome of Step 2

Screening results for pressures and pathways for impacts to receptors that will be taken forward for further consideration in step 3.




Step 3: Determine Consequence and Likelihood of Impact(s)

Where a pressure directly or indirectly interacts with a receptor/receptor group, an assessment of the consequence of that interaction and the likelihood of effect should be made (Tables 3, 4, respectively). The focus of step 3 is to establish whether the scale and duration of the activity is sufficient to cause harm.


TABLE 3. Consequence levels with descriptions. Adapted from Fletcher (2005).
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TABLE 4. Likelihood of occurrence level with description. Adapted from Fletcher (2005).
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To assign consequence, there needs to be consideration of resilience and recovery of a given receptor to a given pressure, and the potential consequences resulting from exposure at a given magnitude. This could mean estimating the magnitude of the hazard at the receptor or estimating the probability that a hazard will be realised at a level large enough to cause harm.


Outcome of Step 3

Consequence level and likelihood of impact for each receptor/pressure have been identified and are taken forward for assessment of risk in step 4.




Step 4: Assess Risk of Impact

Risk is characterised by evaluating a combined measure of consequence and likelihood to determine likelihood of harm. It is possible to assign a level of significance to the risk that a given impact will occur (Table 5).


TABLE 5. Consequence and likelihood combined to characterise risk (negligible, low, moderate, high or extreme risk).
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Outcome of Step 4

For impacts from an activity that are assessed as negligible risk, there is no further assessment made. Low, moderate, high or extreme risk triggers a more extensive assessment of risk and uncertainty (step 5).




Step 5: Evaluate Risk and Assess Uncertainty

The level of risk and associated level of uncertainty (or ‘confidence’) are evaluated with regard to the assigned level of risk.

A level of uncertainty can be associated with any assessment and expression of this uncertainty can differ when using qualitative (rather than quantitative) inputs to inform the assessment(s). This is because qualitative assessments can be more subjective and open to interpretation. Rather than utilise quantitative measures of uncertainty for the overall assessment, ratings of high, medium and low confidence are proposed, with definitions given in Table 6 (from Goodsir et al., 2019).


TABLE 6. Confidence levels with descriptions [from Goodsir et al. (2019)].
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Within the decision tree (Figure 1), a distinction has been made between the levels of risk and confidence, and the next steps:


•Low risk (low confidence) means an environmental assessment would not be required. But low confidence should be addressed with further data collection, where resources and capacity allow.

•Low risk (medium to high confidence) means that no environmental assessment would be required. No further action would be required.

•Moderate risk or higher (low confidence) means that low confidence should be addressed with further data collection. The new data should be examined and then risk and uncertainty re-assessed.

•Moderate to high risk (medium to high confidence) means that an Environmental Assessment or EIA would be needed.




Outcome of Step 5

An assessment of risk and confidence are made during step 5. Management options can then be appraised in step 6 and risk addressed with the chosen, appropriate management strategy during step 7.




Step 6: Appraise Options and Step 7: Address Risk With Chosen Management Strategy

The final steps are to identify, appraise and implement the chosen management options to address risk and thus prevent, minimise or reduce any adverse and unwanted effects identified. These two steps are, however, outside the scope of this paper and so no further consideration is made of management options and implementation to address risk.

We applied the risk assessment approach outlined in Section 2 to a small island state; St Helena Island, which is part of the UK Overseas Territory of Ascension, St Helena and Tristan da Cunha, located in the tropical south Atlantic (Section 3 case study).




CASE STUDY: SAND EXTRACTION AT ST HELENA


Background

St Helena is an isolated, tropical island located in the South Atlantic Ocean (Figure 2). The United Kingdom Overseas Territory is administered by the Government of St Helena and the entire 200 nm Exclusive Economic Zone (EEZ) is designated as an IUCN Category VI (Sustainable Use) MPA. The St Helena MPA aims to protect biodiversity and ensure sustainable use of its natural resources (SHG, 2016b).
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FIGURE 2. Map of St Helena island (left insert) with a zoom into James Bay on the north coast of the island (upper right insert), where the majority of sand extraction activity takes place. St Helena is located in the mid-South Atlantic Ocean, and the entire 200 nm Exclusive Economic Zone is designated as an IUCN Category VI (Sustainable Use) MPA (lower right insert). Bathymetry data sources: Cefas, British Antarctic Survey and St Helena Government (2018 and 2019).



The assessment of the case study was carried out by UK marine scientists with expert knowledge of regulatory processes, environmental assessment of marine activities, fisheries and fish biology, benthic ecology and physical processes. The assessors worked closely with St Helena Government to share expert, local knowledge.


Marine Environment of St Helena

Following the MPA designation, the St Helena Marine Management Plan (MMP) was adopted in 2016 (SHG, 2016b). The 2016 MMP highlights that sand (mineral) extraction is a concern because the potential impacts on the marine environment and MPA have not been assessed. The MMP refers to the development of a licensing or permit system to regulate current and future sand extraction.

The overarching goal of the St Helena MPA is to conserve the marine environment and its associated biodiversity, habitats and ecosystems and ensure sustainable use of its marine resources (SHG, 2016b). The risk assessment method proposed in this study, is considered relevant to the following MPA objectives specified in the MMP:


•“To protect natural ecosystems and use natural resources sustainably”; and

•“To sustainably manage the marine natural resources of St Helena including fisheries and mineral extraction with minimum impact on species abundance, diversity and habitats”.



There is high importance placed on the marine environment around St Helena, with significant socio-economic and cultural value associated with ecosystem goods and services sourced from the marine environment (Rees et al., 2016). Marine life such as whale sharks (Rhincodon typus) supports a growing eco-tourism sector. Natural resources like finfish and marine sand support the island economy through fishing and provision of building materials. Appropriate management of human activities that have a high risk of negatively impacting the marine ecosystem is considered essential for long-term sustainable development on the island.

The St Helena marine environment (intertidal areas, near and offshore waters) are considered biologically diverse. Some species are endemic to the island, with an estimated 50 endemic species recorded to date (SHG, 2016b). A diversity of marine species including algae; corals; crustaceans; fish; sharks and rays; sea turtles; seabirds; cetaceans (dolphins and whales); and seabirds have been recorded, either as residential or seasonal migrants. The St Helena Environmental Protection Ordinance (EPO) (SHG, 2016a) lists over 60 marine species protected around St Helena. The EPO makes provision for the protection of the environment at St Helena and has a schedule of marine species that are protected under the St Helena MPA.



Existing Sand Extraction

Sand extraction from the subtidal shelf has been ongoing since 1979. Extraction has mainly been from James Bay, next to the island capital of Jamestown (Figures 2, 3). The method involves pumping sand from a barge anchored in nearshore waters. The barge is moved between permanent anchors, and anchors can be dragged to a new position if needed. The sand is transported through an 8 cm suction pipe with a 5 cm delivery end. The sand is filtered to remove any non-target material e.g., larger rock/stone, organic matter, litter etc. The filtered material is disposed of away from the extraction sites. The extracted and filtered sand is stored on land to dry. This marine sand is used mostly for mortar and plastering by local businesses. The existing level of extraction activity is estimated to be relatively low e.g., average of 1,500 m3 pumped per annum, and stable. From habitat mapping work (information shown in Figure 3), the total area of the sand habitat in the inshore area of the island is considered to be approximately 43.2 km2, representing 26.6% of the mapped area (162.4 km2) and 19.5% of the whole shelf area. However, this value may be an underestimate because the whole inshore area (22 km2) was not mapped at the time of the survey.
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FIGURE 3. Habitat map of the St Helena subtidal area showing the location of the sand extraction licenced area (red square).






Assessment of Existing Activity

Here we present a case study based on existing sand extraction activity, in a scenario where an operator has requested a permit/licence for the continuation of sand extraction. The steps in the decision tree (Figure 1) have been followed to appraise generic risk, using an example receptor group of benthos (infauna and epifauna). The study seeks to determine whether current levels of extraction pose a risk to the marine environment and are sustainable. Extraction of more resource than would be sustainable is undesirable and could potentially have a significant adverse impact on the marine environment and MPA.


Step 1: Characterise the Activity


•Previous extraction activity.

•Area of extraction estimated to be 50 m2. Figure 3 shows the licenced area for sand extraction and the seabed habitat that dredging can directly and indirectly affect.

•Duration of works between 1 week and 1 month, but occurring sporadically throughout a year, depending on resource need.

•Occasional frequency of the activity.

•Dredge depth estimated to be 0.5-1 m.

•Within the St Helena IUCN Category VI (Sustainable Use) MPA.




Step 1 outcome: low-high rating and so proceed to step 2




Step 2: Identify Pressure Pathways and Environmental Receptors

To identify potential benthic receptors in the extraction area, the EPO list was consulted and supplemented with information about non-EPO benthic species identified from monitoring data, from, for example fish and benthic epifauna surveys (Brown, 2014, 2015). Examples of sand-associated species (primarily epifauna) at St Helena include:


•Annelida: Devil worm (Lygdamis wirtzi), a tube forming bristle worm (polychaete).

•Arthropoda: Crustaceans such as Lesser spotted shame-faced crab (Cryptosoma cristatum) that lives buried in sand substrata and has been recorded in shallow waters of James Bay.

•Mollusca: Scallop (Euvola turtoni) and bivalve mollusc (Semele modesta).

•Echinodermata: Sand sea cucumber (Thymiosycia spp.), St Helena sea star (Astropecten sanctaehelenae), Hairy pincushion urchin (Pseudoboletia atlantica) and Slate pencil urchin (Eucidaris tribuloides).



In addition to the available site-specific evidence, the sand biotope classification (infralittoral mobile clean sand with sparse fauna) was considered. Within the location of existing dredging, the analogous marine biotope from the 2019 EUNIS habitat Classification (for European habitats)3, is considered to be the biotope ‘Sparse fauna in Atlantic infralittoral mobile clean sand’. A list of common phyla associated with sand habitats were developed to assess the likely impacts of sand extraction on benthic communities associated with sand habitats.

As shown in Table 2 (and the Supplementary Materials), the activities considered are anchor dredging with suction pipe, disposal of screened material from sand pumping/anchor dredging, and movement between existing anchors or deployment of new anchors. In this St Helena example, benthic invertebrates present in the dredge area may suffer mortality or physical damage from being drawn into the intake pipe and passed through screens on board the vessel; hence these may be removed from the local population. The seabed area in James Bay where sand extraction occurs is coarse sandy substrate, as indicated from drop-down images obtained in the inshore areas (SHG data, 2013-2019 unpublished). Analysis of photos from a diver based subtidal benthic monitoring programme (2013-2019) also indicates the sandy substrate to be species-poor and with an absence of any benthic species listed in the EPO (Cefas, unpublished). Detailed benthic infaunal data, notably within the extraction area, were not available at the time of assessment.

The spatial extent of the known extraction (estimated to be 50 m2) is a very limited area compared with known sand substrata around St Helena (estimated at 43.2 km2) and potentially, a small proportion of the benthos are likely to be affected. Taking in consideration the current levels of extraction activity and species-poor substrate in the seabed area exposed to dredging (as evidenced from analysis of subtidal monitoring data from quadrats and drop down cameras), impacts are unlikely to be observed at the population level. The spatial extent of the extraction is a very limited area compared with known sand substrata around St Helena and potentially, a small proportion of the benthos are likely to be affected relative to the total population. Also, the biotope (‘Sparse fauna in Atlantic infralittoral mobile clean sand’) is characterised by benthic macrofauna considered to be mobile, abundant and possessing biological traits such as rapid reproduction, that generally facilitate recolonisation and thus high recoverability.


Step 2 outcome: pressures and pathways identified for benthic receptors, so proceed to step 3 to assess consequences and likelihood




Step 3: Consequences and Likelihood of Impact

A ‘low’ level of consequence can, therefore, be assigned (Table 3) to this example. The likelihood of occurrence can be deemed ‘likely’ (Table 4), because the activity itself (sand extraction) is known to occur frequently.


Step 3 outcome: consequence level noted and proceed to assess risk in step 4




Step 4: Assess Risk

The ‘low’ level of consequence and likelihood of occurrence as ‘likely’ means that it is ‘likely’ that the local benthic invertebrate fauna is affected by the sand extraction activity, hence the predicted level of consequence is ‘low’.


Step 4 outcome: risk level noted and proceed to include confidence rating in step 5




Step 5: Evaluate Risk and Assess Uncertainty/Confidence

It can be concluded that with these factors combined, a ‘low’ level of risk is indicated. However, low confidence is assigned due to limited quantitative data on receptors affected and the nature and characteristics of the activity itself. A low confidence, low risk conclusion means a more detailed environmental assessment may not be required. But low confidence should be addressed with further data collection, where resources and capacity allow.


Step 5 outcome: risk level with confidence indicated, and potential for further data collection to address low confidence. New data that are collected would trigger a new ecological risk assessment

With the completion of ‘step 5’, and where moderate or high risk has been identified then management options would need to be appraised in ‘step 6’ for mitigation and monitoring and applied during ‘step 7’. However, appraisal and implementation of management options (steps 6 and 7) are not considered further, as they are outside the scope of this study.





DISCUSSION

This study has developed a novel approach to environmental impact assessments in the marine environment. The St Helena MMP (SHG, 2016b) identified the potential for sand extraction to have negative impacts on the marine environment, noting the requirement for a tailored assessment to identify, minimise and prevent potential impacts. The tool we developed focused on the second step of a risk assessment and provided a detailed decision tree/step wise process that allows a consistent approach to be taken for these environmental impact studies, and the screening and scoping thereof. Whilst there are guidance documents that provide either specific or generic guidance for the different steps (e.g., Fletcher, 2005, 2015; Gormley et al., 2011; Koss et al., 2011; Lonsdale et al., 2015, 2020; European Union, 2017a,b,c; Cains and Henshel, 2021), this is the first of its kind, that the authors are aware of, that brings all of these together to deliver a consistent and comprehensive assessment of a development in the marine environment.


Evaluation of Proposed Approach/Tool

A pragmatic, robust and cost-effective risk-based approach has been developed and presented as a step-wise decision tree. The steps and requirements have been applied to assess potential ecological risk from existing sand extraction at St Helena. To the best of our knowledge, this is the first instance of a risk-based marine ecological assessment method, developed for a marine activity (sand extraction) at an overseas island.

The case study was based on existing activity at St Helena; however, the approach is considered adaptable in that new data/evidence could be incorporated when these become available. The approach could be adapted for assessing risk from different scenarios of sand extraction activity. For instance, increased extraction volume within an existing site, or even an assessment for a new proposed extraction site.

Furthermore, the approach could be applied to strategic planning of resource exploitation, for example, by identifying marine areas that offer the least environmental impact (with or without mitigation/monitoring). Operators/applicants can then be directed towards those areas selected for exploitation to minimise potential impacts on the marine environment and the MPA (e.g., see Polido et al., 2014).

Aside from sand extraction, the criteria and requirements in our approach could be adapted to help assess potential environmental risk from other types of marine activity, like capital or maintenance dredging (e.g., Manap and Voulvoulis, 2014). This framework does not explicitly determine spatial or temporal scales, but these are implicit within the framework when determining the impact magnitude e.g., in Steps 1, 2, and 3 of Figure 1.

There is an opportunity to develop the decision tree further to incorporate a management stage (step 7) relating to licensing/permitting by a marine manager/regulatory body. The management stage could consist of a table of agreed mitigation measures (activity specific or more generic), and a table for environmental monitoring options. The marine manager or regulatory body could consult the table when specifying conditions to be attached to a licence/permit for an activity.

The approach could also be further adapted to incorporate socio-economic and cultural considerations, thereby enabling a more holistic assessment.

More broadly, the approach proposed could be adapted for use by marine decision makers/regulators in other overseas States, where environmental data are lacking, resources to support assessment and marine management are limited, yet regulatory drivers exist for sustainable management and development. Therefore, the approach in this study could have a wider application.

Moreover, the proposed approach is noteworthy as it potentially aligns with recommendations from a global perspective report on sand resource (marine and terrestrial), sand extraction and sustainability (United Nations Environment Programme, 2019):


•“Customise existing standards and best practices to national circumstances [and extend where necessary to curb irresponsible and illegal extraction]…. Guidelines for governing, planning and managing sand extraction at the regional and international legal scale are needed. So is support to countries for customising these guidelines in national policy, law and regulation where these do not currently exist.”

•“Invest in sand production and consumption measurement, monitoring and planning…International community organisations with mandates and access to relevant data need to collaborate on a rapid information synthesis, design a long-term monitoring programme and produce a rapid rapid assessment tool in the context of existing processes in EIA, SEA, Responsible Mining and water governance…”.




Strengths

The risk-based approach developed and presented in the form of a decision tree has several strengths. The framework can be applied in remote areas and/or data-limited situations to arrive at an assessment of risk and confidence (in conclusions) quite quickly, and with relatively limited resources. The presented approach provides a way to evaluate risk of multiple effects on multiple ecosystem components and even to a degree, considers the complex interactions of direct and indirect effects. Whilst the framework has been developed to support decision makers (and developers) in data limited areas, it also provides a consistent and transparent method that could be applied anywhere in the world, either as a screening tool or where an interim decision is needed to manage an activity until the required data is collected.

The risk-based approach provides a mechanism to filter the parameters included in the assessment and narrows the scope of any further assessment by considering the pathways between activities, pressures and ecosystem components, alongside the likelihood (risk) of exposure. This serves to (1) eliminate parameters from the assessment and conversely, highlight parameters that should form part of the assessment; (2) recognise where data are sufficient but identify the need to collect additional information where there are gaps in data, knowledge or understanding; and (3) identify the need for more extensive environment assessment and/or monitoring and/or management intervention where the level of risk is assessed as high.

The presented approach could be developed into structured guidance for regulators and industry for use in local scale evaluations. Once published, the method can be accessible to marine managers, without any associated fees, charges or commitments to ISO accreditation.

This tool could provide a clearer pathway for science advice in the ecological assessment process, ensuring the evidence-base for management measures and decisions are sound, defensible, informed by best available information and derived using a systematic process. The approach introduces transparency of process, clearer communication at all levels and cultivates public and stakeholder trust (and potential for engagement) in the decision-making process.

The tool also facilitates improved understanding of the marine system through a feedback loop, which prompts repetition and review of the assessment as new data are collected, thus implementing an adaptive management approach. This is particularly important for small Island States, such as St Helena, where activities are ongoing, but a robust baseline or monitoring regime are lacking. Conversely, the tool could be used in data rich areas to ensure a consistent and transparent process is followed to assess and licence all activities and developments in the marine environment.

The approach can be used as a mechanism to communicate confidence in an assessment to decision-makers and stakeholders. It should also increase decision maker’s confidence when conducting an assessment of evidence, which has been submitted by an operator for a permit/licence application.



Limitations

The risk-based approach can be subjective and does have basic data/knowledge requirements to understand and apply the approach. Awareness of evidence sources and having a level of ecological knowledge, or having access to specialists with the knowledge, would be important for the assessment of pressures, pathways and impacts to marine receptors, when interpreting and using matrices in the approach. Regardless of the assessment method employed, including any data collection methods, the limitations, confidence, and uncertainty must be clearly described in the assessment report (Lonsdale et al., 2017). The level of confidence (including uncertainty and taking into account the limitations) will be a consideration for the decision maker when determining an application, and whether any additional surveys or monitoring are required either before, during or following the development. Assessment of uncertainty is included in Step 5 of the framework (Figure 1), but specifics are not provided (and are out of scope) in this study.

The approach does not account for traditional, cultural, social, ecological, technical, and economic policy objectives, as is recommended by Cormier et al. (2019). Also, there is not a full consideration of what is deemed to be ‘acceptable’ impact/change by a regulator/manager (Berger and Hodge, 1998; Fletcher, 2005; Aubry and Elliott, 2006; Tett et al., 2007; Cooper, 2013; Elliott and Quintino, 2019).

As per other environmental assessments, not all impacts and receptors can be assessed at the same level of detail or the same spatial or temporal scales (Hobday et al., 2011; Lonsdale et al., 2017). This may be due to data or time constraints, or due to the nature of the impacts and/or receptors e.g., short versus long lived species will react to pressures differently. This approach assumes that if an activity has occurred in the past, and no impacts have been identified, that it is low risk. However, given limited resources, there may be a risk that impacts have occurred but due to no, little or ineffectual monitoring, have not been observed. A feedback loop is, therefore, included in the approach to link the collation of data (either through baseline surveys or monitoring), to a review of the assessment to check and where necessary, revise the level of risk.

Leading on from the above, a current limitation (but also a driver for the development) of the tool is the lack of robust data for small Island states to inform such assessments. St Helena, for example, has a high level of endemism due to its isolation. Species with restricted ranges and genetic separation or geographical isolation may be more vulnerable to the direct and indirect impacts of human activities. An absence of spatial and temporal data to support decision making can put such species at higher risk and so an initial step prior to any environmental or risk assessment should be to better understand the marine system (Ostrom, 2009, 2011); this might include cataloguing the data available. Around St Helena, knowledge of the ecology and distribution of endemic fish species is constantly expanding, but less is known about their reproductive behaviour and wider movement. Similarly, little is known about the seabed infauna. A gap analysis is therefore a useful precursor to a risk assessment and in an MPA, enables prioritisation of data for vulnerable species; species that share the same spatial footprint as the activity or it’s predicted impacts; species that are afforded international conservation status; or species with little or no information on their life stages or resilience to human activity induced stressors.

Whilst providing generic mitigation measures, the risk-based approach does not assess the efficacy of such measures, as these are dependent on the magnitude of the impact, the vulnerability of the receptor and natural prevailing conditions.




CONCLUSION

Here a specific approach to assessing environmental risk in data-limited locations is proposed. The suggested multi-step process is based on existing concepts of risk and environmental assessment and is paired with an assessment of uncertainty. Although, the application is at an early stage, several of its uses and limitations can already be identified.

There are many challenges associated with monitoring and managing human activities within maritime areas, and especially within MPAs. Information is not always available at the relevant spatial or temporal scale for management and management measures need to be aligned so that they address objectives from local to regional scales. This mismatch of scales makes it difficult for managers to account for future combined human-natural systems in marine planning processes (Lubchenco and Petes, 2010; Stelzenmüller et al., 2013).

We hope that our approach will drive forward practical guidance on marine spatial management in remote areas. Delivered with structured guidance, we believe the approach developed would be beneficial for remote island States with limited resources, human activity data and environmental data. The risk-based approach could also support States seeking to achieve the UN Sustainable Development Goal 14: ‘Conserve and sustainably use the oceans, seas and marine resources’.

In the future, feedback from St Helena Government on tool use and application will be used to inform its refinement. It is also anticipated that the tool could be tested on other cases so that the lessons learned provide insights into the approaches required. This should support the long-term management of marine spaces to ensure sustainable use of resources and marine protection.
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Bathymetric features such as islands and seamounts, as well as dynamic ocean features such as fronts often harbour rich marine communities. We deployed mid-water baited remote underwater video systems on three expeditions in Ascension Island’s Exclusive Economic Zone (EEZ), surveying the waters associated with six different bathymetric and dynamic ocean features: Ascension Island, two shallow seamounts (summits ≤ 101 m), one deeper seamount (summit > 250 m), apparent fronts, and haphazardly sampled open ocean areas. At Ascension Island, the pelagic assemblage consisted of a moderate proportion of predators and a diverse range of other taxa, including turtles, dolphins, and large non-piscivores. At the two shallow seamounts, sharks, tunas, billfish, and other large pelagic predators formed the vast majority of the assemblage, contributing > 99.9% of biomass and > 86% of abundance. At the deeper seamount, the pelagic community was comparatively depauperate, however the functional composition of its assemblage indicated some similarities to the shallow seamounts. Apparent fronts did not significantly differ from random offshore sites for metrics such as total abundance and taxonomic richness. However, they harboured assemblages with more abundant sharks, tunas, and large piscivores than random ocean open locations and these differences may be driven by certain front-associated species. Our results illustrate that pelagic assemblages vary markedly among different physical and oceanographic features and that seamounts appear particularly important for pelagic predators. The diversity and abundance of the assemblage, as well as the threatened status of many of the species observed, serve to highlight the conservation value of the Ascension Island EEZ. Our results also provide important baseline information of pelagic wildlife assemblages against which the performance of the recently implemented Ascension Island Marine Protected Area can be evaluated.

Keywords: Blue Belt Programme, South Atlantic, shark, tuna, seamount, island, front, BRUVS


INTRODUCTION

Marine protected areas (MPAs) are a critical tool in the conservation of biodiversity and the effective management of fisheries (Roberts et al., 2005; Lester et al., 2009; Cabral et al., 2020; Di Lorenzo et al., 2020). The 2014 World Parks Congress called for at least 30% of each marine habitat to be designated within highly protected MPAs (Wenzel et al., 2016). This target is supported by recent reviews investigating the degree to which the scale of protection delivers environmental and socioeconomic outcomes, ranging from protection of biodiversity to maximising fisheries value and yield (O’Leary et al., 2016; Waldron et al., 2020). This target, also the basis of the International Union for the Conservation of Nature (IUCN) “30 × 30” initiative: 30% of the ocean protected by 2030 (Zhao et al., 2020), represents a substantial increase on the current coverage of 7.4%, with only 2.5% considered highly protected (Waldron et al., 2020).

With the designation of large MPAs, ecological baselines must be established in order to assess the outcomes of protection. There is a particular need to better understand the status of pelagic species in large MPAs given that the majority of their coverage is in blue water. This poses a considerable challenge as pelagic species are often patchily distributed, respond to dynamic ocean features, and their biology, habitat associations and movements remain relatively little understood compared to coastal species (Angel, 1993). Many pelagic species such as tunas, sharks, and billfish are of high commercial value and have conservative life histories (Collette B.B. et al., 2011). Consequently, their populations are at increased risk and have experienced large declines globally (Juan-Jordá et al., 2011; Dulvy et al., 2014; Roff et al., 2018; Pacoureau et al., 2021). Large reserves have been suggested as refuges for these species (Game et al., 2009; Mee et al., 2017; Letessier et al., 2019), allowing some respite from the pressures in the rest of their global range (Wilhelm et al., 2014). However, the empirical benefits of such refuges remain largely undocumented, primarily due to the lack of longstanding pelagic MPAs in which such protection can be evaluated against the necessary baselines.

Bathymetric and dynamic oceanographic features are known to harbour rich assemblages of pelagic species and are therefore of particular interest in marine spatial planning and reserve implementation. Features such as coasts, islands, reefs, seamounts, and canyons are frequently associated with aggregations of marine wildlife (Yen et al., 2004; Clarke et al., 2011; Bouchet et al., 2015, 2020). Islands often have higher productivity and biodiversity than surrounding waters (Doty and Oguri, 1956; Gove et al., 2016), and seamounts are often hotspots of pelagic biodiversity with higher species richness of commercially caught pelagic species around their summits than in coastal and oceanic areas (Morato et al., 2010). Fronts, eddies, and upwelling areas also drive pelagic species distributions (Queiroz et al., 2012; Scales et al., 2014; Miller et al., 2015; Xu et al., 2017), providing increased foraging opportunities (Benoit-Bird et al., 2019), increasing productivity (Woodson and Litvin, 2015), and even facilitating the use of different niches (Braun et al., 2019). These physical and oceanographic factors may also interact, increasing their effect and driving the formation of pelagic aggregations (Morato et al., 2016).

In line with existing goals of increased ocean protection, the United Kingdom established the Blue Belt Programme in 2016 (UK Government, 2017). This initiative outlines the UK government’s commitment to provide long term protection for over four million square kilometres of marine environment across its Overseas Territories, including an improved scientific understanding of the marine environment in these territories and the development and implementation of sustainable, long term, evidence-based marine management strategies. In August 2019, the administration of Ascension Island in the tropical South Atlantic announced its commitment to establish an MPA encompassing the entire Exclusive Economic Zone (EEZ) of 445,000 square kilometres, at the time making it the largest fully protected MPA in the Atlantic Ocean. This commitment sees commercial fishing and mineral extraction prohibited throughout the MPA, representing a significant step toward the conservation of marine biodiversity in the region. Ascension Island has a history of both subsistence fishing by the local community and offshore tuna fisheries, as well as the historic overexploitation and subsequent recovery of its green turtle population (Weber et al., 2014; Rowlands et al., 2019). Despite these human uses it has reportedly avoided the systematic declines of marine life seen in much of the world (Burns et al., 2020). Its remote location and small human population (ca. 800) have likely provided a buffer to some human impacts (Letessier et al., 2019) and the newly established MPA provides an opportunity to ensure that future declines are avoided.

We characterised pelagic wildlife assemblages across the Ascension Island EEZ through the analysis of baseline data collected prior to the establishment of the Ascension Island MPA in 2019. In particular we determined the association of pelagic assemblages with a variety of bathymetric and dynamic ocean features. We used mid-water stereo Baited Remote Underwater Video Systems (BRUVS) over the course of three expeditions to record pelagic wildlife, documenting patterns in diversity, abundance, biomass, size structure, and assemblage composition in waters associated with Ascension Island, three seamounts, apparent fronts, and random offshore areas within the EEZ.



MATERIALS AND METHODS


Study Site

Ascension Island is an isolated volcanic peak in the South Atlantic Ocean (14°22′W 7°56′S), approximately 1,600 km from the coast of Africa, 2,250 km from the coast of Brazil and 90 km west of the Mid-Atlantic Ridge (Figure 1). The island rises 860 m above sea level and the base of the volcano covers approximately 2,000 km2 at a depth of 3,200 m (Ammon et al., 2009). The Ascension Island EEZ extends 200 nm from the island; it straddles the Mid-Atlantic Ridge and the associated volcanic activity has produced several subsurface features. There are three prominent seamounts situated within the EEZ. Grattan and Young seamounts, collectively known as the “southern seamounts” are located adjacent to the Mid-Atlantic Ridge 256 and 315 km to the southeast of the island, rising to within 101 and 77 m of the surface, respectively, and separated by a deep > 3,000 m channel (Weber et al., 2018). Harris Stewart Seamount lies 295 km to the west of Ascension Island and is a relatively flat-topped feature with the majority of the summit plateau at around 500 m deep and several domed sub-peaks, the shallowest of which rises to within 265 m of the surface. Due to their extreme isolation, these features have remained little studied until recently (Weber et al., 2018). In the equatorial Atlantic, meridional convergence of the Atlantic South Equatorial Current (SEC) and the Guinea current, along with the seasonal formation of the Atlantic cold tongue generate oceanographic fronts (Giordani and Caniaux, 2014). This front formation is strongest at the northern boundary of the SEC, just north of the equator, however, frontal activity may occur on a smaller scale on the SEC’s southern boundary leading to frontogenesis in the Ascension Island EEZ (Giordani and Caniaux, 2014).
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FIGURE 1. Map of the Ascension Island EEZ (shaded circle) showing bathymetry and sampling effort by feature, each point represents a deployment of five mid-water BRUVS.




Video Collection and Processing

We collected video footage using mid-water stereo-Baited Remote Underwater Video Systems (BRUVS). BRUVS were used as they provide standardised metrics on pelagic wildlife assemblages (Bouchet et al., 2018). The individual rig configuration and deployment of mid-water BRUVS were standardised across all expeditions (Bouchet et al., 2018). Each rig was baited with 1 kg of crushed tuna per deployment sourced as waste from a local fish processing facility. Rigs were deployed during daylight hours at a depth of 10 m for a minimum of 120 min and set in a longline formation of 5 rigs (hereon referred to as a “set”) with each rig on a set separated by 200 m of line. Rigs were deployed in the epipelagic zone to sample the wide range of taxa present in this environment, allow sampling over shallow features and provide adequate natural light for identification of animals. Our sampling consisted of 655 deployments at 131 sites across 3 expeditions: January 2017, May/June 2017, and January 2018 (Figure 1). As sampling was carried out across the Ascension Island EEZ, not all features could be sampled in every survey. Sample sites were arranged radiating out along the cardinal directions (i.e., north, east, south, west) up to 40 km from the island and the summits of the southern seamounts into surrounding waters. At Harris Stewart Seamount only the east-west axis was sampled due to time restrictions. This 40 km limit was based on a maximum radius of influence reported in a meta-analysis of fisheries data from seamounts (Morato et al., 2010). During the 2018 expedition, we also sampled apparent front zones identified in near-real time by remote sensing data supplied by the NERC Earth Observation Data Acquisition and Analysis Service (NEODAAS) to investigate the effects of dynamic oceanic features on pelagic assemblages. Putative fronts were identified in daily, Level 3 AVHRR and MUR SST satellite data by compositing detections from the single-image edge detection (SIED) algorithm of Cayula and Cornillon (1992) over 3 and 7 day periods (see Miller et al., 2015 for details; thermal front detection threshold = 0.04°C). BRUVS deployments were targeted to areas of high frontal density identified in the resulting composite maps. It should be noted that persistent cloud cover in this region affects the accuracy and timeliness of front detection; hence a delay of up to several days between cloud-free observation of a dynamic front and sampling caused some uncertainty in these locations. Post-sampling, we also used these remote sensing data averaged over a longer time period, using available monthly cloud-free observations from 2011 to 2018 to calculate metrics for each sample set characterising the thermal front conditions based on the methods of Miller et al. (2015). These metrics were: distance to the nearest major front (Fdist), defined as the distance to the closest major front, determined using a simplified version of the frontal strength map (in pixels); front gradient density (Fgrad), defined as the gradient magnitude of detected fronts, spatially smoothed to give a continuous distribution of frontal activity (°C/pixel distance; standard sigma = 20 pixels); and front persistence (Fpers), defined as the fraction of cloud-free observations of a pixel for which a front was detected, spatially smoothed to give a continuous distribution (standard sigma = 20 pixels). We haphazardly sampled offshore sites throughout the EEZ to characterise the offshore pelagic community.

We processed the video footage to generate taxonomic identifications, relative abundance, and size. All video was processed using standard procedures with the software Event Measure1 (Cappo et al., 2006). We identified each individual animal to the lowest possible taxonomic resolution, recorded the maximum number of each taxa in a single video frame (MaxN) as our relative abundance measure, and estimated fork length based on photogrammetric measurements. Not all individuals of each taxa were measured on every deployment due to photogrammetric constraints. Therefore, to calculate mean lengths and biomass, we used the mean FL for measured individuals of each taxa and applied this mean to all individuals of that taxa for that deployment. Where measured lengths of animals were not available, we used the mean length of animals of the same taxa from the same set, site, or expedition. If no measurements were made for a given taxa, the common length reported in FishBase or SeaLifeBase was used. We calculated the mean weight in kilograms of each taxa using fork lengths and length-weight relationships from FishBase (Froese and Pauly, 2019) and SeaLifeBase (Palomares and Pauly, 2019). Biomass was then estimated as the product of the mean weight and abundance.

We calculated four univariate metrics from the BRUVS footage to allow us to quantify overall assemblage characteristics. Mean Taxonomic Richness (TR) was derived for each sample set by taking the sum of the total number of taxa observed on each deployment of the set and dividing by the number of deployments in that set. We calculated mean Total Abundance (TA) and mean Total Biomass (TB) by taking the sum of MaxNs for all species on all deployments of a set, or the sum of their weights, and dividing by the number of deployments on that set. Mean fork length (FL) was calculated by taking the sum of all lengths for all individuals of all taxa counted on a set and dividing by the total MaxN.



Functional Group Designations

We assigned taxa to functional groups to understand how their distribution, abundance, and size varied across the EEZ. As taxonomic composition can be highly patchy in pelagic environments, grouping taxa by functional traits increases sample size and statistical power while retaining ecological relevance. Group designations were based on a combination of taxonomic classification, mean length, trophic level, and primary food source (Supplementary Table 1). All taxa with a mean length less than 25 cm were grouped as forage fishes; this included juvenile pelagic phases of coastal species such as flutemouths (Fistulariidae) and filefish (Monacanthidae), as well as forage fish such as scads (Decapterus sp.) and flying fish (Exocoetidae). Sharks were grouped together as were tunas. Blue marlin (Makaira nigricans) and sailfish (Istiophorus platypterus) were combined as billfishes. Large piscivores not already allocated to a category (i.e., sharks, tunas, or billfish) were grouped together based on size (>25 cm mean length), diet (piscivorous), and trophic level (>4). The large non-piscivores group included all invertivorous and planktivorous fishes and rays over 25 cm and with a trophic level less than 4; this group included mobula rays, molas, and triggerfish. Dolphins and turtles were assigned their own groups. Remoras (Remora remora and Echeneis naucrates) were not included in functional group analyses as they were exclusively associated with sharks.



Statistical Analyses

We applied a range of statistical analyses to test the effect of bathymetric and dynamic features on the biological metrics we derived. We investigated patterns in overall diversity, abundance, size, and biomass distribution in relation to features. Features were defined as Ascension Island, Grattan Seamount, Young Seamount, Harris Stewart Seamount, apparent fronts, and offshore. We used Permutational Analyses of Variance (PERMANOVA) in PRIMER and PERMANOVA + software (Anderson, 2017) based on Euclidean distance resemblance matrices of log(x + 1) transformed data to test for differences among these features for the univariate metrics TR, TA, TB, and FL. A significance level of α = 0.05 was used throughout. We used PERMANOVAs based on Euclidean distance matrices of untransformed data, to test for univariate differences front metrics among features. We also used multivariate PERMANOVAs, based on Bray-Curtis resemblance matrices of square root transformed values to test for the effects of features on the composition of functional groups based on both abundance and biomass. Pairwise PERMANOVAs were subsequently used to determine where differences among features lay. A principal coordinate analysis plot (PCO) based on functional group abundance was used to identify the groups associated with the varying features.



RESULTS

We recorded a diverse range of wildlife on BRUVS deployed throughout the Ascension Island EEZ, including 3,860 individual pelagic fishes, marine mammals, and turtles representing 39 taxa from 33 genera and 18 families. We identified 78% of individuals to species level, 12% to genera, and 8% to family, with 2% of individuals as unidentified juveniles (Supplementary Table 1). On average 1.61 (± 0.11 SE) taxa were recorded per deployment. Length measurements were obtained for 2,159 individuals ranging from a 0.5 cm juvenile driftfish (Psenes sp.) to a 310.9 cm blue marlin (Makaira nigricans); the overall mean length was 36.1 cm (± 3.55 SE). Direct measurements were possible for individuals of each taxa on each deployment in 87.3% of cases, with measurements from the same set or same expedition used in 6.8 and 4.4% of cases, respectively. Lengths were derived from global BRUVS observations or from the common lengths reported on FishBase/SealifeBase for 2% of the observations. Sample sets varied substantially in TA and TB with a mean of 5.89 (± 0.80 SE) individuals weighing 22.4 kg (± 3.31 SE) recorded on each deployment. The most numerous individuals were forage fishes with 1,903 (49.3%) records (1,640 records after remoras were removed), followed by large piscivores (712; 18.4%), sharks (687; 17.8%), tunas (496; 12.8%), billfishes (26; 0.7%), dolphins (15; 0.4%), turtles (12; 0.3%), and large non-piscivores (9; 0.2%).

Features varied significantly with respect to TR, TA, TB, and FL (Figure 2 and Supplementary Tables 2, 3). Ascension Island had a relatively high diversity and abundance of pelagic fauna with moderate sized animals (33.0 cm ± 8.60 SE) making up an intermediate level of biomass. Ascension Island had the second highest TR (2.04 ± 0.27) and TA (9.58 ± 2.37 SE), significantly higher than those at Harris Stewart, apparent fronts, and offshore sites, with TA also higher than at Young Seamount. TB and FL at Ascension Island were moderate and significantly higher than at offshore sites. The southern seamounts of Grattan and Young were generally similar to one another, being characterised by large animals and high biomass as well as high diversity and relatively high abundance. Both seamounts had higher FL (64.9 cm ± 11.98 SE and 54.4 cm ± 8.56 SE at Young and Grattan Seamounts, respectively) and TB (168 kg ± 62.4 SE and 107 kg ± 39.5 SE at Grattan and Young Seamounts, respectively) than at offshore sites (15.6 cm ± 4.42 SE; 8.5 kg ± 2.34 SE). Grattan was also higher in TB than at apparent fronts and higher in TR (2.21 ± 0.46 SE species) and TA (10.2 ± 3.55 SE) than Harris Stewart Seamount (1.18 ± 0.32 SE species; 2.33 ± 1.01 SE). Harris Stewart Seamount had relatively low values across all metrics compared to the other bathymetric features, having very few animals which were of a moderate size. It only differed from offshore sites in having significantly larger FL (41.7 ± 9.55 SE) and lower TA (2.33 ± 1.01 SE). Apparent fronts and offshore sites did not significantly differ in any univariate metrics, however, apparent fronts had a TB (17.0 kg ± 7.80 SE) twice as high as that at offshore sites and TA and FL were also slightly higher at fronts. Apparent fronts were also much more variable leading to differing results in pairwise comparisons with other features. As such, apparent fronts did not differ significantly from the feature with the highest value for TR, TA, and FL.
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FIGURE 2. Mean taxonomic richness (A), mean total abundance (B), mean fork length (C), and mean total biomass (D) by feature for all pelagic animals observed on all mid-water BRUVS deployments from Ascension waters in 2017/2018. Shared letters indicate no significant difference (p > 0.05) based on results of pairwise comparisons from PERMANOVAs based on Euclidean distance matrices of log(x + 1) transformed data with 999 permutations. Error bars indicate one standard error.


Functional assemblage composition varied significantly among features, both in terms of abundance (Pseudo-F df = 5 = 4.47, p = 0.001; Figure 3A) and biomass (Pseudo-F df = 5 = 2.28, p = 0.002; Figure 3B and Supplementary Tables 2–4). Overall, the pelagic assemblage at Ascension Island had a distinct and diverse functional composition. Ascension Island was the only location at which turtles were recorded, and the primary location for dolphins and large non-piscivores. It had a moderate complement of large predators with 66 and 40% of combined teleost and elasmobranch predators by biomass and abundance, respectively, and forage fishes made up the majority by abundance. This composition was significantly different to all other features by biomass and all but apparent fronts by abundance. The southern seamounts had very high biomass and abundance of all the large pelagic predator groups, with combined sharks, tunas, large piscivores, and billfish forming >99.9 and >86% of the assemblage by biomass and abundance, respectively. Overall predator abundance and biomass was generally lower at Harris Stewart Seamount, apparent fronts, and offshore sites with forage fishes making up a larger proportion of the abundance; within this group, however, predator abundance was higher at apparent fronts than at offshore sites and Harris Stewart Seamount. Harris Stewart and offshore sites also differed significantly in their functional composition of abundance with proportionally more sharks and large piscivores at Harris Stewart and more forage fishes at offshore sites. There was no significant difference in functional composition of the assemblages among the three seamounts and apparent fronts. All three seamounts also differed from offshore sites in their functional composition by abundance and the southern seamounts and apparent fronts differed from offshore sites in their functional composition by biomass. Offshore sites were characterised by high relative abundances of forage fishes with very few predators, however, the predators present contributed most of the biomass. Sharks were particularly prevalent at the southern seamounts being 3.25–5.18 times more abundant and weighing 2.52–3.12 times more than the next most shark dense location (Ascension Island). Billfishes were found in similar abundances across Ascension Island and the southern seamounts. Tunas were particularly prevalent at Grattan Seamount with high abundances of skipjack and yellowfin tuna at sites close to the summit driving this pattern. Tunas were observed in relatively lower abundances at apparent fronts, Young Seamount, and Ascension Island. Large piscivores were found in similar biomass at Ascension Island and the southern seamounts, however, abundance was higher at Ascension Island indicating higher numbers of smaller individuals. Dolphins were observed only at Ascension Island and Harris Stewart Seamount. Forage fishes were observed at all locations but in varying proportions. They contributed more than half of the assemblage by abundance at all locations except the southern seamounts, reaching 92% of all animals at offshore sites, and contributing only 13% of the individuals at both the southern seamounts. These patterns are visualised in the PCO which indicates high abundances of sharks, large piscivores, and tunas predominantly at the southern seamounts along with some Ascension Island and apparent front sites (Figure 4). It also indicates high abundances of forage fishes at offshore and Ascension Island locations as well as some apparent front sites. The lower right quadrant of the plot was relatively clear, indicating that sites either exhibited high predator abundance or high abundance of forage fishes but not both. Billfishes, large non-piscivores, dolphins, and turtles were observed in lower numbers and therefore had a lower impact on assemblage metrics.
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FIGURE 3. Mean total abundance (A) and mean total biomass (B) for functional groups observed per set of mid-water BRUVS deployed at each of the features sampled within the Ascension Island EEZ. Letters indicate pairwise comparisons of PERMANOVAs based on Bray-Curtis resemblance matrices of square root transformed Total Abundance and Total Biomass data by functional group. Shared letters indicate no significant difference in functional composition (p > 0.05).
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FIGURE 4. Principal Components Analysis of total abundance of pelagic wildlife by functional groups. Symbols indicate the feature of the sample site, vector plot indicates functional groups with a correlation greater than 0.20.


Features varied significantly in their thermal front metrics (Supplementary Tables 5 and 6), apparent fronts had the highest mean Fgrad (0.031 ± 0.004 SE), which was significantly higher than all bathymetric features and was higher than, although marginally not significantly different to offshore sites (p = 0.067; 0.022 ± 0.002). Apparent fronts had the highest Fpers (0.024 ± 0.003), which was significantly higher than the three seamounts. Fpers at apparent fronts, however, was not significantly different from that at Ascension Island (p = 0.188; 0.018 ± 0.003 SE) or offshore sites (p = 0.684; 0.022 ± 0.003 SE). Mean Fdist at apparent fronts was 10.25 km (± 1.97 SE) which was closer than all features except for Young Seamount (7.98 km ± 1.62 SE), and significantly lower than at Ascension Island (p = 0.015; 19.14 km ± 2.86 SE) and Harris Stewart Seamount (p = 0.001; 26.65 ± 3.57 SE).



DISCUSSION

We found that the bathymetric and dynamic features in the Ascension Island EEZ have a significant influence on the distribution, diversity, abundance, size, biomass, and functional composition of pelagic wildlife assemblages within the territory. We also show that these effects vary both among and within feature types with environmental conditions influencing assemblage composition. Our results demonstrate that pelagic wildlife within the EEZ is primarily concentrated around the shallow bathymetric features of Ascension Island, and the Grattan and Young Seamounts which had the most biodiverse assemblages with the highest biomass. Dynamic features and the deeper seamount still had some influence on pelagic assemblages but did not aggregate animals at the same level. The establishment of the Ascension Island MPA, encompassing the entire EEZ, means that each of these features with its different complement of species is protected.

At Ascension Island, we observed a distinct pelagic assemblage characterised by a broad range of functional groups. Ascension Island is the only above-surface feature in the EEZ and is 1,600 km from the nearest land mass, thus representing the only coastal habitat in the region. Islands are often biological hotspots in relatively depauperate ocean basins, with several mechanisms suggested for their effect on marine communities. Upwelling, surface runoff, and capture of nutrients by benthic organisms are some of the suggested mechanisms driving higher productivity around islands and supplying the basal energetic requirements to sustain higher trophic levels (Doty and Oguri, 1956; Gove et al., 2016). These processes may be sustaining the pelagic predators we observed at Ascension Island with billfish recorded at their equal highest abundance at Ascension Island, and sharks and tunas found in moderate abundances. Large piscivores made up a greater proportion of the assemblage at Ascension Island than at the southern seamounts by abundance but not by biomass, tending to be smaller and more numerous. This finding in combination with the high abundance of pelagic juveniles suggests that the shallow waters of Ascension Island may be important in the early life histories of both large piscivores and coastal species (Gillanders et al., 2003), and/or that the complement of large piscivore species differ among features and smaller species are found at Ascension Island. The high abundance of juvenile pelagic phases of coastal species we observed near Ascension Island could be due to the proximity to adult populations or also through active movement of juveniles toward structure as seen in other species (Montgomery et al., 2006). Forage fishes may also be more abundant near the island simply due to increased productivity (Gove et al., 2016). Coastal structure and dry land are also vital for certain species and provide a range of services. For example, the beaches of Ascension Island are home to the largest green turtle rookery in the South Atlantic (Weber et al., 2014), explaining our records of this species at the island and not elsewhere in the EEZ. Bottlenose dolphins (Tursiops truncatus) were also only recorded at Ascension Island, they were the primary drivers of dolphin abundance and biomass in our survey and are a coastal species previously observed at Ascension Island (Perrin, 1985). The relatively high biomass of large-non-piscivores at Ascension Island was driven by records of giant devil rays (Mobula mobular) which are known to frequent oceanic islands; the underlying relationship of this species with oceanic islands is not well understood, however, other Mobulid species are known to utilise shallow waters to access cleaning stations and to forage (Jaine et al., 2012), so Ascension’s coastal waters may provide these services to giant devil rays too. The land mass of Ascension Island may also alter the environmental characteristics of the surrounding waters, providing a sheltering effect and access to shallow structure which likely would alter the niches available to pelagic species and therefore help to explain the differences observed.

The seamounts within Ascension’s EEZ differed significantly in their effect on pelagic wildlife with the southern seamounts being quite similar in their assemblage, which was more diverse, and of greater abundance and biomass than that at Harris Stewart Seamount. The southern seamounts harboured assemblages dominated by large predators. Sharks were prevalent at these locations and tunas, billfish, and large piscivores were also relatively plentiful. This finding is consistent with Morato et al. (2010) that demonstrated increased biodiversity of commercial species around seamounts. The relatively shallow summits of the southern seamounts were likely the major factor in driving the aggregations we observed. Shallow summits allow pelagic predators to forage on demersal species without leaving the photic zone and with reduced thermal constraints (Andrzejaczek et al., 2018, 2019). Tunas associated with oceanic islands and seamounts elsewhere in the South Atlantic have been found to forage on coastal species (e.g., butterfly fish) at high rates (Laptikhovsky et al., 2020) indicating that the demersal assemblages at these physical structures are an important source of prey. The observation of low abundances of juvenile and small pelagic fish at the southern seamounts may either be due to depletion by the high abundance of large predatory species or avoidance of these features to inhabit areas with lower predation risk. Shallow features also promote dynamic oceanographic processes which increased upwelling and mixing (Lueck, 1997; Hosegood et al., 2019). Mixing can increase oxygen availability (Van Haren et al., 2017) and productivity (Bissett et al., 1994). Therefore, these shallow seamounts boast a range of benefits to pelagic predator populations.

Harris Stewart Seamount did not have the same bio-aggregating effect as the other physical features: it possessed a comparatively depauperate pelagic community. For seamounts, the summit depth has a large impact on productivity and this is likely a major factor in our finding (Morato et al., 2008). At 265 m, the shallowest point at Harris Stewart Seamount is more than double the minimum depth at the southern seamounts. The geomorphology of Harris Stewart is also very different to that of the southern seamounts. It is a much flatter topped feature with an expansive plateau at approximately 500 m and several domed sub-peaks (Weber et al., 2018). It therefore may have a more complex association with marine life and although there were not substantial epipelagic populations present in our surveys at Harris Stewart Seamount, this does not rule out its possible use by deeper water meso-pelagic species such as bigeye tuna and swordfish (Holland et al., 1999). Deep-water surveys have highlighted rich benthic communities at each of the physical features we sampled, including Harris Stewart Seamount (Barnes et al., 2019), studies of tunas in the region indicate that seamounts are important feeding grounds, and stomach content analyses show that, in addition to pelagic prey, they also feed on demersal species (Laptikhovsky et al., 2020). Although the pelagic community at Harris Stewart Seamount was not as rich as those at the southern seamounts, there were some indications that it may have some influence on the pelagic assemblage above it. The functional composition by abundance at Harris Stewart Seamount was different to that at offshore sites and more similar to the other seamounts. It was also the only site at which an oceanic whitetip shark (Carcharhinus longimanus) was recorded, and the only offshore location where dolphins were observed. Further sampling, perhaps targeting the sub-peaks not sampled in this survey, and in particular targeting deeper swimming species may help to illuminate the effect that Harris Stewart has on pelagic species.

The effect of fronts on pelagic assemblages at Ascension Island warrants further investigation. We did not observe any statistically significant differences in univariate metrics between apparent fronts sites and offshore sites. However, the functional composition of the pelagic assemblage at apparent fronts was more similar to that of the seamounts sampled than offshore sites. Additionally, although not statistically significant, biomass at apparent fronts was double that of offshore sites and mean fork length and mean abundance were also higher. Some pelagic species such as blue sharks and tunas are known to be strongly associated with frontal features (Queiroz et al., 2012; Xu et al., 2017). Our PCO indicated that, while most offshore and apparent front sites had a similar composition of abundance, two apparent front sites were associated with relatively high abundances of sharks, large piscivores, and tunas, comparable to sites at the southern seamounts. This was not the case for random offshore locations which all had relatively low abundances of these groups. That some apparent front sites had high predator abundances and some did not indicates that either certain frontal features are more important to pelagic wildlife than others, that these features have a patchy distribution of pelagic wildlife which is not always captured in sampling efforts, or that only some of the deployments at apparent fronts accurately sampled fronts. The latency between receiving satellite data and generating front maps meant that the locations sampled were based on locations of putative thermal fronts 1–2 days previously, which will have resulted in some spatial mismatch if fronts were dynamic or ephemeral. The satellite limitations due to cloud cover would also cause some degradation to the accuracy of front metrics. Although differences were not statistically significant, apparent fronts had higher frontal activity than offshore sites, suggesting we had some success in our targeted sampling. The sampling of frontal features by chance at other features and offshore sites could have reduced the clarity of differences both in front metrics and biological metrics between these features and fronts. For example, Young seamount had the lowest mean distance to front but lower front gradient density and front persistence than apparent fronts suggesting that perhaps a weak or ephemeral front was present over the feature at the time of sampling. Apparent front sites were always within 27 km of a front site with a mean of 10.25 km (± 1.97 SE), however, our results suggest that perhaps these features need to be sampled at an even more localised scale. The apparent front site which stood out most on the PCO as being associated with high abundances of pelagic predators was the apparent front site which had the lowest distance to front of any site we sampled. This site was on average 2.42 km from the nearest major front, indicating that front effects may only occur in a limited range around the feature. Oceanic fronts are dynamic and rapidly changing features, both spatially and temporally, and are therefore difficult to sample (Budillon and Rintoul, 2003). Additionally, while the Ascension Island EEZ may have some frontal activity, this activity is likely more patchy and ephemeral than at larger frontal features such as those to the north of the South Equatorial Current (Giordani and Caniaux, 2014). Ground-truthing with in situ sampling may help to further determine the effectiveness of our front sampling and therefore the effects of front zones on pelagic communities in the Ascension Island EEZ. Species specific investigations may also allow us to tease apart these associations and determine whether any species of particular conservation concern utilise these features often.

The offshore locations sampled were generally depauperate, with most of the animals recorded being forage fishes. With the lack of significant mixing or frontal action offshore waters are generally oligotrophic and host lower abundances of pelagic wildlife (Gove et al., 2016). Offshore waters are however an important habitat in the early life history of many species, with 90% of marine fishes having a pelagic larval stage (Bonhomme and Planes, 2000). Several mechanisms are suggested for sustaining this life history strategy (Bonhomme and Planes, 2000), and increased survival due to low predator abundances in the offshore environment is likely a contributing factor. Our results conform to this general pattern with many small fish and few predators. The few predators present could be targeting the forage fishes in this environment or transiting between higher productivity features. It should also be noted that BRUVS surveys, although effective in sampling a broad range of species, only sampled the shallow, epipelagic zone, and during the daytime when many pelagic species migrate into deeper waters (Lerner et al., 2012; Thygesen et al., 2016). This likely limits our ability to detect deeper-schooling and vertically migrating species in offshore areas. Noting that former commercial fishing activity in the Ascension EEZ occurred in offshore areas and at depths > 100m, offshore waters may harbour assemblages not captured in this study located deeper in the water column.

The implementation of a no-take MPA at Ascension Island EEZ, encompasses a range of features with different complements of pelagic species, several of which are of significant conservation concern. Many of the large bodied species we observed are under substantial pressure from commercial fishing and other impacts globally (Collette B.B. et al., 2011; Juan-Jordá et al., 2011; Dulvy et al., 2014; Roff et al., 2018), and several are classified as threatened under the IUCN Red List criteria. We observed a broad range of threatened species across the territory, for example we recorded Near Threatened blue sharks (Prionace glauca; Rigby et al., 2019a) at apparent fronts, Vulnerable silky sharks (Carcharhinus falciformis; Rigby et al., 2017) and blue marlin (Makaira nigricans; Collette et al., 2011) at the southern seamounts, Endangered giant devil rays (Mobula mobular; Marshall et al., 2019) and green turtles (Chelonia mydas; Seminoff, 2004) at Ascension Island, and a Critically Endangered oceanic whitetip shark (Carcharhinus longimanus; Rigby et al., 2019b) at Harris Stewart Seamount. The waters of the Ascension Island EEZ have long been remarked upon for their exceptional abundance of marine wildlife and have reportedly avoided the steep systematic declines in wildlife observed in much of the world’s oceans (Burns et al., 2020). Our results support this view showing high abundance and biomass of many species threatened in other parts of their range. We show that the different features within the territory harbour significantly different pelagic assemblages, all of which include species of significant conservation concern, therefore monitoring efforts should encompass each of these environments.

We recorded high concentrations of large predators throughout our survey and at the southern seamounts in particular. The high value and conservative life history strategy of many pelagic predators make them particularly vulnerable to overexploitation (Collette B.B. et al., 2011). Remnant populations of large predators are of particular conservation concern given the global scale removal of this group from our oceans (Worm and Tittensor, 2011). Large mature individuals also contribute disproportionately to reproduction (Barneche et al., 2018) and therefore the protection of these individuals will contribute proportionally more to conservation efforts. The southern seamounts therefore represent a particularly valuable conservation opportunity which may be able to contribute substantially to the populations of these predator species within the region.

The establishment of the Ascension Island MPA presents a substantial conservation opportunity, however effective management and enforcement is vital to the effectiveness of marine reserves (Guidetti et al., 2008) and the surveillance and enforcement of large MPAs can be challenging (Wilhelm et al., 2014). Recent developments in the monitoring and surveillance of fishing vessels such as the methods applied by Global Fishing Watch2 increase the capacity to detect possible illegal activity and respond with enforcement measures accordingly. Previous fishing in the region and the presence of fishing vessels close to the EEZ boundary indicate that Ascension Island’s EEZ is a desirable fishing location and that adequate enforcement is necessary to ensure Illegal Unreported and Unregulated (IUU) fishing is kept under-control (Rowlands et al., 2019). Seamount communities can be decimated quickly by overfishing, and the removal of species with high residency may cause localised extinction (Luiz and Edwards, 2011). Therefore, illegal fishing could have a disproportionate impact on the assemblages of commercially valuable predators we observed at the southern seamounts. Additionally, legal extractive activities such as subsistence and recreational fishing, which has been highlighted as a tourism opportunity at Ascension Island (La Bianca et al., 2018), may still have substantial impacts on fish populations (Cooke and Cowx, 2004), often targeting large bodied predators as trophy fishes (Lewin et al., 2006), and therefore disproportionately impacting populations of concern (Coleman et al., 2004). Potential impacts of these activities should therefore be closely monitored, and enforcement measures put in place to ensure effective management and the success of the MPA.

The recently established MPA at Ascension Island encompasses several important environments harbouring diverse and important pelagic assemblages. Our work provides a baseline description of the pelagic fauna present against which any future changes can be compared. MPAs and their effective management are an important tool in halting and reversing declines in global populations of marine species. Game et al. (2009) called for increased protection of the pelagic environment and suggested that protecting representative examples of all pelagic habitats is needed. Our work at Ascension Island supports this approach strongly, illustrating that various physical and oceanographic features in the pelagic environment have different functional assemblages and contribute collaboratively to biodiversity. The Ascension Island MPA incorporates several of these features, increasing the biodiversity it conserves and serving as an examplar to marine conservation efforts elsewhere in the global ocean. It also illustrates that targeting seamounts in combination with oceanic islands may be a particularly effective way to conserve large bodied and vulnerable pelagic predators as well as other functional groups, maximising biodiversity protection. The abundant populations of threatened species at Ascension Island also indicates that although human impacts now span the global ocean (Halpern et al., 2008; Tickler et al., 2018) remote regions where these effects are buffered may still hold relatively intact assemblages which can be protected before these pressures deplete them further (Juhel et al., 2017; Letessier et al., 2019). There is a growing body of evidence that large marine reserves confer conservation and fisheries benefits even for highly mobile pelagic predators like those we recorded (Boerder et al., 2017). The work we present here supplies important baseline information of pelagic wildlife assemblages throughout the EEZ which can be compared with future values collected using the same standardised sampling techniques. Through time this will provide a consistent measure which will allow the effects of protection to be observed not only in abundance and diversity of species present, but also in their size and biomass. The establishment of this large marine reserve represents a substantial move forward in marine conservation in the Atlantic and it is therefore imperative that the effective management, enforcement and success of this reserve serve as an example.
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Seamounts have long been recognised as hotspots for pelagic productivity and diversity in the world’s open ocean habitats. Recent studies have suggested that productivity may vary greatly between different seamounts, depending on complex interactions between the bathymetric features and local oceanography. These processes may enhance local primary production which support elevated biomass at higher trophic levels. In addition to enhancing local biomass, seamounts may also act as aggregative features, attracting pelagic species from the surrounding waters. Such characteristics make seamounts attractive targets for fisheries. However, as these unique habitats are localised and relatively small, they are vulnerable to overexploitation, which may have detrimental impact on the wider region. Mapping and quantitative assessments of the fish biomass at different seamounts are crucial prerequisites to identifying vulnerable seamounts and will aid toward understanding the dynamics of these important ecosystems and their vulnerability to fishing pressures. We used fisheries acoustics during two expeditions in 2018 and 2019, to investigate the distribution and abundance of fish and micronekton on and around five little studied seamounts of Tristan da Cunha, a remote archipelago in the South Atlantic Ocean. The results confirmed increased productivity at the seamounts, compared to the surrounding open ocean with higher acoustic backscatter values, a proxy for biomass, particularly at the shallower (~200 m depth) seamounts. Fish largely dominated the backscatter on most of the seamounts especially over the plateau areas where large densities of prey fish, primarily the mesopelagic Maurolicus inventionis, were detected. Very large aggregations, thought to consist of bentho-pelagic fish, were also observed over the slope of McNish Seamount that resulted in very high biomass estimates. Aggregations of this size and magnitude, have, to our knowledge, never been mapped or quantified on seamounts, using acoustic methods. Specific physical processes, such as enhanced retention and vertical mixing that were identified by an oceanographic model, may be some of the drivers of the enhanced fish biomass detected at McNish. The characteristics of the seamounts observed in this work suggest that these habitats are highly suitable for the presence of large predatory fish that can utilise these areas as their primary habitat or as important foraging grounds.

Keywords: seamount, Tristan da Cunha, Maurolicus, bentho-pelagic fishes, Blue Belt, fisheries acoustics, UK Overseas Territories, oceanographic modelling


INTRODUCTION

Seamounts are topographically distinct features that rise from the seafloor with most being of volcanic origin that are widely distributed in all ocean basins. The number of seamounts that have an elevation of more than 1,000 m above the seafloor was estimated to be between 10,000 and 100,000, a number that increases considerably if the smaller features are included (Kitchingman et al., 2007).

Seamounts often support unique ecosystems and have been recognised as hotspots for pelagic productivity and diversity in many areas of the world (Morato et al., 2010a). Enhanced fish densities at seamounts include small mesopelagic fish (e.g., pearlside—Maurolicus sp.) (Kalinowski and Linkowski, 1983; Parin and Kobylianski, 1996), bentho-pelagic species (orange roughy—Hoplostethus atlanticus, alfonsino—Beryx splendens, rockfish—Sebastes sp.) (Koslow, 1996; Koslow et al., 2000), elasmobranchs and large pelagic predators (Morato et al., 2008, 2010b). The seamounts can act as primary habitat for resident fish populations or as foraging grounds for other species that will spend only a limited amount of time of their life cycles associated with the seamount (Morato and Clark, 2007). It has also been hypothesised that certain highly migratory species such as tuna can use the seamounts as navigational aids in large movement patterns (Holland et al., 1999; Klimley et al., 2003; Holland and Grubbs, 2007).

The increased productivity around seamounts is likely the result of multiple factors. Firstly, the coupling of topographic characteristics of the seafloor with local hydrodynamics enhances local primary productivity: the interaction generates physical features such as eddies, isopycnal doming, Taylor column/cone, and internal waves, creating a unique environment, different from the surrounding open ocean (Owens and Hogg, 1980). These processes can produce biological responses, for instance by increasing vertical fluxes of nutrient-rich waters, enhancing primary productivity, facilitating the retention of nutrients and planktonic organisms over the seamount with a direct positive effect on the higher trophic levels such as fish (Comeau et al., 1995; Goldner and Chapman, 1997; Mohn and Beckmann, 2002; Genin, 2004; White et al., 2007). These processes are characterised by high spatial and temporal variability, dependent on the specific topographic characteristics of the seamounts. Secondly, in other cases, high plankton and fish biomass detected at the seamounts does not correspond to an increase in the local primary production (Genin, 2004; Genin and Dower, 2007). The enhanced secondary production may have an allochthonous origin, instead. For example, the seamount seafloor can act as a trap for vertically migrating plankton and micronekton advected from the surrounding waters that are unable to complete their descent to deeper waters during the day making them more visible and vulnerable to fish predation (Genin et al., 1988, Genin, 2004; Fock et al., 2002).

The presence of high densities of fish in these ecosystems makes them attractive targets to fisheries. Moreover, as these unique habitats are highly localised and relatively small, they are vulnerable to overexploitation. Mapping and quantitatively assessing the (relative) biomass at seamounts is therefore a crucial prerequisite to understanding the dynamics of these important ecosystems, identifying their vulnerability to fishing pressures and their role in the wider ocean systems. Despite the increasing number of works focused on seamounts, few seamounts have been studied in detail. Most remain unexplored primarily due to the remoteness of these areas. It is crucial to describe and characterise the processes that occur on the un-studied seamounts to better understand and identify the large variability of these habitats.

One of the main objectives of the UK Government funded Blue Belt programme is to provide a better understanding of these environments and develop efficient marine protection strategies in the UK Overseas Territories. Tristan da Cunha, a remote archipelago that consists of four islands located in the Southern Atlantic, was one of the main areas of interest to this programme. The EEZ (Exclusive Economic Zone) of Tristan da Cunha includes several seamounts with very different topographic characteristics that, to date, have not been studied in detail. These seamounts are exploited by fisheries, primarily targeting bluenose warehou (Hyperoglyphe antarctica) and, to a lesser extent, bluefin tuna (Thunnus maccoyii). Even though fishing effort has been relatively low, very high catch rates (catch per unit effort, CPUE) have been recorded, suggesting the presence of enhanced fish biomass (Bell et al., 2021). In 2020, the environmental and ecological importance of this area was recognised by the designation of the entire Tristan da Cunha EEZ as Marine Protected Area (MPA). Covering an area of ∼700,000 km2, this represents the largest MPA in the Atlantic Ocean and fourth largest in the world. The results of the work conducted under the Blue Belt programme helped underpin the designation of the MPA, and will serve as a baseline that will help the evaluation and monitoring of the effectiveness of the MPA in the long term.

In this study we used fisheries acoustic methods and pelagic trawl sampling to investigate the distribution, (relative) biomass and diversity of fish and micronekton on and around five seamounts located in the south of Tristan da Cunha’s EEZ during two expeditions (in 2018 and 2019) conducted under the Blue Belt programme. The main objectives of this study were to (i) investigate whether the seamounts in Tristan da Cunha support enhanced productivity compared to the surrounding open ocean, (ii) identify any differences in micronekton and fish distribution between the surveyed seamounts, (iii) provide estimates of fish biomass where possible, and (iv) investigate the physical and biological processes that drive any differences between seamounts.



MATERIALS AND METHODS


Study Area

Tristan da Cunha is a remote archipelago that consists of four islands (Tristan da Cunha, Gough Island, Inaccessible Island, Nightingale Island) located between 37° and 41°S (9–13°W) in the South Atlantic and positioned 2,816 km from the nearest land (South Africa) and 3,360 km from South America. Five seamounts located within the Tristan da Cunha EEZ were surveyed during two expeditions, one conducted on the RRS James Clark Ross (2018) and the second on RRS Discovery (2019): Crawford and Yakhont in 2018 and RSA, McNish and an un-named seamount in 2019 (Figure 1). Crawford is made up of a pair of seamounts (Esk Guyot and Crawford Seamount) situated in the centre of the Tristan da Cunha EEZ, between the northern islands and Gough. The shallowest points of Esk and Crawford are at approximately 250 and 380 m deep, respectively. Only two small areas of the Crawford complex (east and west ends), both characterised by plateaus of about 15 km in diameter, were surveyed in March 2018. McNish is a small dome-shaped seamount, located 116 km east of Gough Island, which rises to less than 90 m below the sea surface at its shallowest point. The plateau is 15 km across in a north-south direction and 12 km across east-west. RSA Seamount, in the far south-east, is the largest feature in the Tristan da Cunha EEZ at almost 111 km long. Owing largely to its size, this feature remains poorly mapped, but the plateau is thought to be mostly at 300–350 m deep with a shallow region with depth <100 m located at the west side of the seamount. Yakhont is a large, flat-topped feature, around 426 km south-east of Tristan da Cunha island that rises to around 270 m deep. The un-named seamount is the smallest of the seamounts surveyed with a diameter of only 11 km (plateau diameter ∼5 km) rising to a depth of 500–600 m.
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FIGURE 1. Overview of study area (left), with detailed maps of the seamounts (right), including acoustic transects and net trawls (see legend), conducted during the 2018 (Yakhont and Crawford seamounts) and 2019 expeditions (McNish, RSA and un-named seamounts, open ocean transect).




Acoustic Sampling and Processing

Acoustic transects were carried out over five seamounts to gather information on the horizontal and vertical distribution, abundance and behaviour of fish aggregations and micronekton. Acoustic data were also collected during the transit between Tristan da Cunha and the seamounts to obtain information about fish and micronekton distribution in the open ocean. In particular, a 100 km transect starting 20 km from Tristan da Cunha heading south-east, with depths ranging from 3,000 to 4,000 m, was carried out during the 2019 expedition. Multifrequency acoustic data were collected from the vessel-mounted Simrad EK60 echosounders (at 18, 38, 70, 120, 200, and 333 kHz). The echosounders were calibrated using a 38.1 mm tungsten carbide sphere following the standard sphere method (Demer et al., 2015). The calibration performed on the RRS Discovery in 2019 highlighted a malfunctioning of the 18 and 38 kHz transducers precluding the use of those frequencies for quantitative analysis. For this reason, the main frequency used for the quantitative analysis was 70 kHz (70 kHz was also used for the 2018 data for consistency). The settings and calibration parameters of the acoustic equipment used in the two expeditions are listed in the Supplementary Tables 1,2. The original survey design for the seamounts consisted of a star-shaped transect pattern centred at the peak of the seamount (sensu Godø et al., 2012). This was not consistently achieved across all the seamounts due to time limitation, topography and size of the seamounts, rough weather that limited the choice of the ship’s heading, and location of the net samplings (Figure 1). The acoustic data were collected primarily during the night with some opportunistic daytime data also collected.

The acoustic data from the surface to a maximum depth of 600 m (below which the 70 kHz data were affected by absorption) were cleaned and processed using the software Echoview v10. The first step involved editing the bottom line and removing noise and unwanted targets. The area immediately below the transducers (∼10 m below) was excluded from the analysis because it was affected by the near-field effect and surface noise (e.g., surface bubbles). Background noise, pulse noise and attenuated signals were removed using a series of tools integrated in the Echoview software. To reduce the stochastic variability, the data were resampled from the original horizontal (10–20 m depending on vessel speed) and vertical (0.2 m) sampling resolution to a lower resolution (20 m H × 2 m V cell) before further processing steps were applied. The Nautical Area Backscattering Coefficient (NASC), was exported from the “clean” echograms and used for further analyses. While NASC is often converted to a measure of biomass, the required details on the species composition, size and on the acoustic target strengths (see next section) were not available for the broader geographic area. Therefore, NASC, also referred to as backscatter, was considered a proxy for relative biomass. While several assumptions were made, including on the homogeneity of the scattering properties and of the composition of the acoustic targets, other studies investigating the meso-pelagic fish community have applied similar methods (Irigoien et al., 2014; Proud et al., 2017). The horizontal sampling unit used to export the NASC, integrated for the whole water column (maximum depth: 600 m), was 500 m. The NASC was exported at 70 kHz using a minimum Sv (Volume backscattering strength, dB re 1 m–1) threshold value of −65 dB. This threshold was chosen based on visual inspection of the echogram and excluded the weak scatterers caused by planktonic organisms (e.g., copepods, euphausiids). The exported NASC was mainly associated with fish but it could also have included gas-filled organisms such as siphonophores. The resulting data on the horizontal distribution of fish densities (NASC) were then used for two further analyses: firstly, NASC data for the whole study area, were used to investigate the potential topographic drivers affecting fish distribution (“Statistical Analysis” section). Secondly, for a small area for which good groundtruth data were available, NASC was converted to relative biomass (“Fish Biomass Estimation” section).



Statistical Analysis

To investigate the potential effects of the topographic features of different seamounts on the micronekton and fish distribution, Generalised Additive Models (GAM) with a gaussian distribution and identity link function were used (Wood, 2006). Fish backscatter data (NASC) for the whole study area were used as the response variable and bottom depth, slope, distance from the plateau edges and distance from the centre of gravity of the plateau and location as explanatory variables. A stepwise forward selection was applied to select the best model based on the minimisation of Akaike’s Information Criterion (AIC) and maximisation of deviance explained (Anderson et al., 1998). To avoid potential overfitting of the smoothing function, the maximum degrees of freedom (measured as number of knots k) were limited to k = 5. The explanatory variables were derived from multibeam data that were collected at the seamounts during the two expeditions (Morley et al., 2018; Whomersley et al., 2019). Given the differences in backscatter observed between the shallow and deep seamounts, the modelling dataset was split into two parts based on the average depth of the seamounts and two separate models were created: one for the shallow seamounts (RSA, McNish, Crawford-west, Yakhont) and one for the deeper seamounts (Un-named, Crawford-East). The GAM analysis was conducted using the “mgcv” library in the R statistical software (Wood, 2006).



Fish Biomass Estimation

At two seamounts, McNish and RSA, an attempt was made to convert acoustic backscatter (NASC) to biomass. These two seamounts were selected, because of their considerable importance to commercial fisheries, the high backscatter encountered, and better coverage achieved during the survey. A multifrequency analysis (Ballón et al., 2011) confirmed that the aggregations identified consisted of fish with a swimbladder. However, the analysis was limited to the top 200 m of the water column because of the limited observation range of the higher frequencies (due to sound absorption). The conversion of acoustic backscatter to biomass, requires a species-specific target strength (TS) length equation. No in situ Target Strength could be obtained during the survey, due to the density of the aggregations. Previous studies suggested the mesopelagic community in the area was dominated by pearlside (Maurolicus inventionis) a small swimbladdered fish of the Sternoptychidae family (Kalinowski and Linkowski, 1983). Therefore, biomass of pearlside was estimated based on a Target Strength/Length relationship for a similar species of the same genus, Maurolicus muelleri (Sobradillo et al., 2019). Bluenose warehou (Hyperoglyphe antarctica), was selected as the likely species dominating a bentho-pelagic aggregation observed. It was one of the main targets of local commercial fisheries and was the focus of recent research conducted in the area (Laptikhovsky et al., 2020; Bell et al., 2021). Since no TS-length equation was published for bluenose and little was known about its morphology, specifically the presence and type of swimbladder, we calculated two different biomass estimates based on two separate TS/length equations: a generalised equation for fish with physoclist swimbladders (Foote, 1987) and a TS-length equation derived for orange roughy (Hoplostethus atlanticus) (McClatchie et al., 1999), a deep-sea species with a regressed swimbladder invested with wax esters (Phleger and Grigor, 1990) that might be similar to bluenose swimbladder. A study on stromatoed fish anatomy, which included bluenose, indicated that a swimbladder is present in the juvenile stage but that it can regress in the adulthood (Horn, 1975). Further details of parameters used in the calculations are provided in Table 1.


TABLE 1. Details of the acoustic-based density and biomass estimates for pearlside at RSA and McNish and for the bluenose warehou aggregation at McNish, including parameters used in the equations.
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Net Sampling

The species composition of the micronekton community was investigated (qualitatively) using an 8 m2 Rectangular Midwater Trawl (RMT8, during the 2018 expedition) and a 25 m2 rectangular midwater trawl (RMT25, during the 2019 expedition). Both systems consisted of two nets that are opened and closed remotely from the ship to sample discrete depth layers (Roe and Shale, 1979; Piatkowski et al., 1994), with a nominal mouth opening of 8 and 25 m2, respectively, and with a cod-end mesh of 5 mm. The nets were monitored and controlled in real-time using a custom-built net monitoring system which also logged depth. All nets were deployed at night to minimise potential avoidance by the mobile micronekton, in particular fish, and to take advantage of the shallower distribution of the vertically migrating organisms that, at night, are generally more concentrated in surface layers. Tows were undertaken to (i) target acoustically detected aggregations and (ii) sample discrete depth layers, typically 0–200 and 200–400, although some deeper deployments were undertaken with the RMT25 in 2019 (Supplementary Table 3) to characterise oceanic and seamount micro-nekton communities. Nets were towed obliquely at 2.5–3 knots for 30–60 min in each depth horizon, with a protected cod-end fitted to keep captured animals in good condition. Once back onboard, the catches from each cod-end were collected in separate buckets to ensure catches from the different depth bands remained separate. The catches were then sorted and individuals identified to the lowest taxonomic level possible, enumerated, measured (only fish species), weighed and photographed before being preserved. Due to the absence of motion compensated scales during the 2018 cruise, total catch and species composition were recorded in volume rather than weight. While the ability of different species (and life stages) to avoid the trawl varies and will have affected catch composition, conducting the trawls at night was thought to have reduced this effect (Collins et al., 2008, 2012) and, in the absence of detailed knowledge of the avoidance behaviour, we assumed the catch composition was representative of the acoustically observed micronekton. We point out that the catch composition was only used to provide qualitative information about the species composition of the acoustically observed backscatter.



Hydrodynamic Modelling

The hydrographic characteristics of two seamounts, McNish and RSA, were investigated to enable a qualitative comparison between the physical processes and the biological characteristics observed over these two topographically different seamounts. A high-resolution oceanographic model of the Tristan da Cunha region provided the physical context. The regional ocean model is an implementation of the Nucleus for European Modelling of the Ocean (NEMO) modelling framework (Young et al., in prep). The model domain extended from 24 to 0°W, and from 45 to 31°S, with a horizontal resolution of 1/30° longitude by 1/40° latitude (∼2.75 km), and with 75 levels in the vertical arranged on a partial-step z-coordinate. This configuration allowed good representation of the complex regional bathymetry whilst capturing large-scale features of the wider oceanic circulation. Surface atmospheric forcing was derived from the DFS5.2 reanalysis (Dussin et al., 2016). At the open boundaries, tides were imposed using the Oregon State University global ocean tide model, TPXO7.2 (Egbert and Erofeeva, 2002). Three-dimensional temperature and salinity, barotropic flux and sea surface height at the open boundaries were derived from a global 1/12° implementation of NEMO, provided by the National Oceanography Centre, Southampton, United Kingdom. The oceanographic model has been verified by comparing outputs with a combination of historic in situ (conductivity, temperature, depth) and satellite-derived (sea surface temperature) data and was found to provide good representation of observed oceanographic properties in the region (Young et al., in prep). The model was used as an explanatory tool to explore potential physical mechanisms that could provide the underlying physical conditions for enhanced productivity at seamounts in the region. Analyses were concentrated on two seamounts with the most comprehensive survey coverage: McNish and RSA. Existing model outputs for the period 2000–2009 were analysed, focussing on model outputs for the Austral autumn 2006, when the ATL3 index for Atlantic Niño was comparable to that during the 2019 expedition to McNish and RSA seamounts. Although model outputs were not available for the period of the observations, the time period chosen had the same large-scale forcing conditions as the observational period, and results are interpreted in this context. Mean horizontal and vertical velocities for 2000–2009 at 10 and 200 m depth were calculated to visualise the dominant circulation patterns around McNish and RSA seamounts. To examine the oceanography at McNish seamount in more detail, cross-sections of 5-day mean oceanographic properties (potential temperature, salinity, density, horizontal and vertical velocities) were extracted along 40°8”S, and 8°36”W.

The possible effect of the circulation on local retention of biota at McNish Seamount was investigated using Lagrangian particle tracking. Passive particles were released every 5 days for 1 year (2000) at all model grid cells with depth <500 m. At each release event, 50 particles per grid cell were released at a depth of 10 m with subsequent advection in the 3D velocity fields simulated using a 2nd order Runge-Kutta scheme. Particle movements were restricted to the upper 200 m to capture the main depth range of the micronekton and mesopelagic fish communities, and their positions were tracked for 180 days. Local retention was represented by the e-folding time (time taken for the number of particles within the 500 m isobath to reduce to 1/e of the original number), with particles considered to have left the seamount if they did not return within 5 days. E-folding times were calculated for each 5-day release to resolve temporal variability in retention.



RESULTS


General Patterns and Topographic Drivers of SSL at and Around Five Seamounts

The average acoustic backscatter detected in the top 600 m of the water column was significantly higher at the seamounts compared to the open ocean area (Figure 2). All the seamounts, except for Crawford East and un-named, were characterised by the presence of a strong Sound Scattering Layer (SSL) with similar characteristics across the seamounts (examples of echograms are shown in Figure 3). The SSL was mainly concentrated over the summit of the seamounts, occupying almost the entire water column with decreasing density and height at the seamount’s flanks. McNish and Yakhont had the highest average backscatter, followed by Crawford-West and RSA (Figures 3, 4). These seamounts were characterised by relatively shallow summit depths of less than 400 m with McNish being the shallowest (∼150 m). These seamounts also showed higher backscatter on the plateau compared to the slope area (Figure 5). The deeper seamounts (Un-named and Crawford East, summit depth ∼500 m) were characterised by very low levels of backscatter and a very weak SSL (Figures 3, 4) with no clear differences between plateau and slope (Figure 5).
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FIGURE 2. Boxplot of the log-transformed Nautical Area Backscattering Coefficient (NASC) calculated over the plateau and slope of the seamounts and at the open ocean area. Lower and the upper hinges correspond to the first and third quartiles. Dots at the end of the boxplot represent outliers.
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FIGURE 3. Maps of the Nautical Area Backscattering Coefficient (NASC) at 70 kHz for all the Tristan da Cunha seamounts. An example echogram (Sv, volume backscattering strength) representing one full transect of the corresponding seamount, is shown at the bottom of each panel. The vertical and horizontal black lines on the echograms are 2.5 nautical miles and 250 m spaced, respectively.
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FIGURE 4. Boxplot of the log-transformed Nautical Area Backscattering Coefficient (NASC), a proxy for biomass, calculated for the area above each of the seamounts and for the open ocean area. Lower and upper hinges correspond to the first and third quartiles. Dots at the end of the boxplot represent outliers.
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FIGURE 5. Boxplot of the log-transformed Nautical Area Backscattering Coefficient (NASC) calculated at the plateau and slope for each of the seamounts. Lower and the upper hinges correspond to the first and third quartiles. Dots at the end of the boxplot represent outliers.


GAM models for both the shallow and deep seamount datasets selected the same explanatory variables:
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where “s” are the smoothing terms, “slope” is the seabed slope in degrees and “distance_to_plateau” is the distance from the plateau edge (in metres). The variable seabed depth was not included in the models because it was highly collinear with “distance_to_plateau.” The location was used as a categorical variable to account for the variability between the different seamounts. The deviance explained for the shallow and deep seamount models were 35 and 14.5%, respectively. The results highlighted the importance of the distance from the plateau on the distribution of the backscatter, which was the covariate that explained most of the variation in the shallow seamount model. The areas over the plateaus positively affected the backscatter density at the shallow seamounts, while increasing distances away from the plateau had a negative effect (Figure 6). In addition, the model indicated the positive effect of both low and high values of slope, which correspond to the plateau and the steep seamount flanks, respectively. The deep seamount model showed opposite patterns with a positive effect on the backscatter density of increasing distances from the plateau and low values of slope.
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FIGURE 6. Smooths of generalised additive model terms showing the effect of slope (degrees) and distance from the plateau edges (metre; the negative values are distances from the edges of the plateau to the centre of the seamount and the positive values are distances from the edges of the plateau going toward the open ocean) on the backscattering at 70 kHz for the shallow seamounts (McNish, RSA, Yakhont, Crawford West; (A) and the deeper seamounts (un-named, Crawford east; (B). The solid lines are the estimates of the smooths, the thick marks on the x-axis are observed datapoints and the shaded regions indicate 95% confidence bounds.


Even though the acoustic surveys were conducted during the night, some opportunistic data were collected during the day and the crepuscular period. These data highlighted the presence of a strong Diel Vertical Migration (DVM) of the SSL that occurred at dawn and dusk. At sunrise the SSL became denser and moved to deeper waters forming a strong and homogeneous layer close to the seafloor (Figure 7). The inverse migration occurred at sunset where the SSL moved vertically to the upper water column and maintained that behaviour throughout the night. The night and crepuscular data were mainly collected at the McNish seamount.
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FIGURE 7. Sv (volume backscattering strength) echograms at 70 kHz of two adjacent transects conducted at night (top) and day (bottom) at the McNish seamount.




Biomass Estimation at McNish and RSA

The catches of the RMT25 and RMT8 pelagic nets performed over the summit of these seamounts (below), confirmed our assumption that the main component of the SSL to be pearlside (Maurolicus inventionis), although small numbers of siphonophores and several species of euphausiids were also caught. Because the acoustic contribution of the other organisms was not known we converted the backscatter of the SSL at McNish and RSA into biomass based on pearlside TS equations. The pearlside density for McNish (mean length estimated from net samples: 4.2 cm) was estimated to be 127.4 fish/m2 for the plateau area and 23.07 fish/m2 for the slope area resulting in a total biomass of 113,503 tonnes on the slope and plateau of the seamount (area: 407 km2). The pearlside density for RSA (using a mean length of 3.7 cm based on net samples) was estimated to be 154.7 fish/m2 for the plateau area and 2.3 fish/m2 for the slope area resulting in a total biomass of 29,952 tonnes (area: 784 km2) (Table 1).

A large and very dense discrete aggregation, which was not part of the SSL, was also detected on McNish (Figure 8). This aggregation was distributed over the slope of the seamount near the seafloor at depths ranging approximately from 200 to 500 m. It was detected on every pass performed over the seamount with the highest density and size detected at the south-west side of the seamount where it reached a length of about 4 km and a height of 200 m. No net deployment could be conducted due to risks of damaging the gear on the slope and the species composition of the school could therefore not be validated. However, based on the high backscattering strength, the morphology that characterised the aggregation and the outcome of the multifrequency analysis (limited to the shallower part of the aggregation), we attributed the aggregation to fish with swimbladders. The aggregation could be ascribed to different bentho-pelagic fish species that are known to inhabit seamounts in this area such as alfonsino (Beryx splendens), rockfish (Sebastes sp.), jacopever (Helicolenus mouchezi) and bluenose warehou (Hyperoglyphe antarctica). As mentioned previously, we considered it was most likely a bluenose warehou spawning or feeding aggregation. In the absence of a dedicated TS equation for this species and limited information on the morphology of the swimbladder, we used two existing but contrasting equations, to estimate the minimum and maximum biomass. Using a conservative physoclist fish target strength equation, the acoustic backscatter of the total aggregation was estimated to represent a biomass of 548,851 tonnes with a density of 0.5 fish/m2. The biologically more comparable target strength equation of the orange roughy, suggested a biomass of 3,307,159 tonnes with a density of 3 fish/m2. For both estimates we used a mean bluenose length of 84 cm (range 57–124 cm) and mean weight of 9.4 kg that were derived from fisheries observer data collected at McNish in March-April 2018 (Bell et al., 2021). Other discrete, but considerably smaller, schools were also detected on Yakhont at a similar depth range to that observed at McNish.
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FIGURE 8. Presumed bluenose warehou (Hyperoglyphe antarctica) aggregation at McNish seamount visualised in two ways: (A) Interpolated map of NASC of the bluenose aggregation at McNish. (B) 70 kHz Sv (volume backscattering strength) echogram curtain of the bluenose aggregation overlaid on the 3D McNish elevation.




Micronekton and Fish Community

Eighteen net hauls were undertaken to target acoustically detected aggregations over the seamounts (Supplementary Table 3) and of these, fourteen were dominated by catches of Maurolicus inventionis (pearlside) (37–90% of the catch). The only target hauls that did not catch pearlside were those targeting layers in the upper 100 m, which had catches dominated by siphonophores and salps (Supplementary Table 3). Over Yakhont Seamount (2018) two size modes of pearlsides (25–28 mm and 44–46 mm SL) were caught, with both modes only found in deeper layers (∼200 M), but only the smaller mode caught during shallower (<150 m) deployments. Twenty-eight non-target, depth stratified RMT deployments were undertaken in the vicinity of the seamounts and in open ocean in the Tristan EEZ. Of these only the nets that fished over the seamount plateaus or very close (Net 21-2 near Yakhont) to the seamounts caught substantial numbers of pearlsides (Supplementary Table 3). The small numbers of fish caught in nets on the slope (Supplementary Table 3) may have been stuck in the net, undetected when large catches were taken over the seamounts. Of the RMT nets that fished open ocean areas, only one caught pearlsides and that was near RSA Seamount. Across all deployments, pearlside was caught primarily between 100 and 400 m depths with size ranging from 19 to 66 mm. Away from the seamounts, the mesopelagic fish fauna was much more diverse, with the genera Cyclothone, Diaphus, Lampanyctus, Argyropelecus, Protomyctophum, Bathylagus and Ceratoscopelus well represented in catches. Siphonophores were another important group present in almost all stations, with higher densities caught especially in shallow waters (10–100 m). Similar to the catches from open oceanic waters, catches over the seamount slopes showed high variability within seamounts and stations.



Hydrodynamics

The 10-year mean horizontal velocities revealed a tendency for anticyclonic flows around McNish Seamount, with strongest flows on the south and east flanks (Figure 9A). These were particularly clear in the flows at 10 m depth, but were also evident at 200 m, albeit weaker (not shown). Associated with the anticyclonic circulation were enhanced vertical velocities, with upwelling in the centre of the seamount, and downwelling on the southeast and northwest flanks (Figure 9C). The simulated mean circulation patterns thus suggested a tendency for local retention on the seamount through the convergent nature of anticyclonic flows, and the potential for increased local productivity through vertical mixing of nutrients associated with enhanced vertical velocities. By comparison, the 10-year mean flows at RSA seamount showed a weak anticyclonic circulation at 10 m depth, centred over the shallower western part of the seamount (Figure 9B). At 200 m, an additional weak anticyclonic flow was centred over the eastern part of the seamount (not shown). Whilst the model suggested enhanced vertical velocities over the RSA seamount relative to the surrounding open ocean (Figure 9D), they were weaker than those at McNish seamount. Thus, whilst the mean flow fields suggested an increase in productivity at RSA Seamount relative to the open ocean, and some local retention, the patterns were weaker than at McNish Seamount.
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FIGURE 9. Simulated 10-year mean horizontal velocities (A,B) and vertical velocities (C,D) at 10 m depth from the regional oceanographic model: McNish seamount (A,C), RSA seamount (B,D). Vectors in (A,B) indicate the direction of flow [every 2nd flow vector shown in (B)], and shading represents current speed.


A more detailed picture of the oceanography around McNish Seamount was provided in cross-sections of 5-day mean oceanographic properties (Figure 10). Considering a west-east section along 40°8”S for the 5-day period 31st January to 4th February 2006, and focussing on the upper 300 m, the isotherms, isohalines and isopycnals were inclined downward toward the flanks of the seamount below ∼70 m, with an upward doming above the seamount itself (Figures 10A–C). The associated horizontal flows (Figure 10D) were strongest at a depth of ∼50 m, and were southward (northward) on the west (east) side of the seamount. A north-south section across the seamount for the same time period showed westward (eastward) flows on the north (south) side of the seamount (not shown); such flows are consistent with an anticyclonic circulation around the seamount, in accord with the mean circulation pattern described earlier. However, detailed examination of the 5-day mean fields for 2000–2009 suggested that, although the anticyclonic circulation was a frequent occurrence, it is not a persistent feature. There may therefore be temporal variability in any associated local productivity and retention.
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FIGURE 10. Cross-section of 5-day mean (31/1/2006–4/2/2006) ocean properties along 40°8”S from the regional oceanographic model: (A) potential temperature (°C), (B) salinity, (C) potential density (σ, kg m−3), (D) horizontal current (m s−1). Positive (negative) horizontal currents are northward (southward). Model grid cells below the seabed are shaded white.


The effect of the localised circulation patterns on time scales of retention of marine biota at McNish Seamount was illustrated by calculating the e-folding time for passive particles released above the seamount in the model. By simulating particle releases for a year of oceanographic model output, the potential impact of the predicted anticyclonic circulation features on local retention was shown within a wider temporal context. Simulations of particles released at 5-day intervals for a year (2000) suggested a mean e-folding time of 17 days, albeit with considerable temporal variability (ranging from 1 to 37 days). Such temporal variability likely introduces variability in the retention of passive marine biota. However, the long mean e-folding time suggests that the local oceanography associated with McNish Seamount is able to support enhanced productivity, and potentially to allow marine biota such as fish larvae sufficient time to develop active behaviour that would enable them to maintain their position at the seamount.



DISCUSSION

The results of this study provide a first insight into the Sound Scattering Layers around several little-known seamounts of Tristan da Cunha in the south Atlantic Ocean. They confirm previous observations from other areas, that these relatively small structures have a significant role in supporting high quantities of fish, and other organisms, at different trophic levels, compared to the surrounding waters. Only shallow seamounts, with plateau depths of less than 400 m below the surface, exhibited this increased production (Genin and Dower, 2007) in contrast to the two deeper seamounts. In general, the plateau areas supported higher biomass (backscatter) than the slope.

McNish exhibited some of the highest biomass (backscatter) in the area and modelling outputs, presented in this study, suggested that this might be linked to a specific hydrographic regime. Frequent anticyclonic flows, with isopycnal doming and enhanced vertical velocities, may positively affect retention and vertical mixing of nutrients, which propagate to the higher trophic levels. McNish’s regular shape and homogenous topography are likely contributors to this process, as the hydrographic patterns at RSA, a larger seamount characterised by a more complex topography, were much weaker and more variable. However, variability was also predicted in the hydrodynamic processes at McNish that adversely influenced the long-term persistence of these features. The processes linking the increased productivity and hydrodynamics, even though possible and detected over some seamounts (Genin and Boehlert, 1985; Dower et al., 1992), are difficult to quantify without extensive measurements.

All seamounts, except the deeper un-named and Crawford (east side), featured layers of strong backscatter. The acoustic properties and the catch composition of the targeted trawl hauls, suggested these consisted of micronekton, dominated by pearlsides (Maurolicus inventionis). Small mesopelagic fish of the genus Maurolicus are abundant in all oceans (Kalinowski and Linkowski, 1983; Boehlert et al., 1994; Sassa et al., 2002; Wilson and Boehlert, 2004), and M. inventionis (Parin and Kobylianski, 1996) is endemic to the southern Atlantic, notably around the Discovery seamounts. Pearlsides are considered “pseuodoceanic” (sensu Hulley and Lutkeharms, 1989), and prefer continental shelf-slope breaks to open ocean habitats. This matches the results from this study where they were not observed away from the seamount plateaus and flanks and suggests they were part of a seamount mesopelagic boundary community (Reid et al., 1991; Benoit-bird et al., 2001). The absence of other mesopelagic species over the seamounts may be due to the shallow depths (<250 m) of the plateaus, which prevented lateral advection of diel migrating micronekton from the surrounding mesopelagic zones.

The results of this study could not confirm whether the pearlsides observed at the seamounts were part of resident seamount populations or whether they were reliant on periodic replenishment through advection of eggs, larvae and juveniles from larger populations elsewhere. Most of the pearlside sampled over the Tristan da Cunha seamounts during this study and previously (Linkowski, 1983) were juveniles and sexually immature specimens. The absence of adults could suggest that the juveniles were advected from a different location and were not spawned locally. However, it cannot be excluded that adults were present but were not caught by the trawl because they occupied a different habitat on the seamount (e.g., close to the seafloor) or avoided the RMT nets. In addition, biological data were only collected during the limited temporal window of the survey and may have missed the spawning period. For these reasons, the presence of a self-recruiting resident populations cannot be excluded. Pearlside would benefit from the enhanced productivity of the seamounts and the specific hydrographic regimes, such as the ones simulated at McNish, that could favour retention of eggs and larvae at the seamounts. Seasonal information about length, age and maturity of pearlside and an analysis of the connectivity between seamounts and other potential sources of recruitment is needed to confirm the role of these seamounts in this species’ ecology.

Another notable observation, which further confirmed the unique properties of McNish Seamount and its likely important ecological role in the area, was the presence of a large acoustic aggregation on its slopes, locally as large as 200 m tall and 4 km long. We were unable to confirm the identity of the taxa contributing to this aggregation, but we have presented evidence that it most likely consisted of bentho-pelagic fish with candidate species including bluenose warehou, alfonsino (Beryx spp.) and rockfish (Sebastes spp.), all of which have been caught commercially in the vicinity of the Tristan seamounts (Marecol, 2017) and were sampled during longline surveys close to the timing of the survey (Laptikhovsky et al., 2020). In recent years, the principal commercially caught species was bluenose warehou, known to form large feeding and spawning aggregations at seamounts, including on McNish. It is a long-lived, slow-growing fish that is widely distributed in the southern oceans although little is known about its ecology in the southern Atlantic Ocean.

On the basis that there is a high probability that the aggregation consisted of bluenose, we attempted to estimate the biomass from the acoustic data using two different Target Strength (TS) equations, in the absence of a dedicated bluenose TS value. The resulting density and biomass estimates ranged from 0.5 to 3 fish/m2 and 548,851 to 3,307,159 tonnes, respectively, representing fish with well-developed swim-bladder vs. those with a regressed swimbladder. Both scenarios were explored as the size and physiology of a swimbladder is the most significant variable affecting the TS (Simmonds and Maclennan, 2005) and no detailed information on bluenose swimbladders was available. For context, we point out that if fish species without a swimbladder were present in the aggregation, the resulting biomass estimate would be higher than the (conservative) value provided. Also, if the aggregation consisted (partly) of other bentho-pelagic species like alfonsino (Beryx spp.) or rockfish (Sebastes spp.), the same physoclist swimbladder target strength equations would have been applied. Regardless of the taxa concerned (and swim-bladder form), this study presents evidence of significant bentho-pelagic fish biomass at McNish. If the aggregation is bluenose, our data suggest that the stock size of this species at McNish could be very high compared to other bluenose stocks for which stock assessments have been produced (Cordue and Pomaréde, 2012; Williams et al., 2016). However, given the aforementioned uncertainties and the resulting large variability in the estimates, the results on the biomass of presumed bluenose reported in this paper are only preliminary and should not be used, in isolation, for any management decisions such as the status and size of bluenose warehou stock.

It is unclear if the population of bluenose at McNish is self-recruiting at the seamount or if it receives external fluxes of eggs and larvae. The specific hydrodynamic conditions at McNish that seem to allow a relatively persistent retention, could facilitate self-recruitment at the seamount in different ways. Firstly, a portion of the planktonic eggs and larvae produced at the seamount could be retained. Accumulation of larval stages has been observed on other seamounts characterised by persistent hydrographic features (Mullineaux and Mills, 1997; Dower and Ian Perry, 2001). Secondly, the hydrographic conditions may also act to create an optimal habitat for bluenose juveniles with flotsam and drift algae, known to provide suitable habitat conditions for its early pelagic life stages (Blackwell and Gilbert, 2003), accumulating over the seamounts and juvenile bluenose prey, such as salps and pyrosomes, advecting by prevailing currents (Laptikhovsky et al., 2020).

The results of this study suggested the presence of potentially high densities of bentho-pelagic fish, which matched reported spawning behaviour of bluenose warehou (as well as several other species). If that is the case, it would mean that McNish could act as the main hub for these bentho-pelagic species by providing fluxes of eggs and larvae to replenish the other seamounts in the area. Similar to pearlside, we cannot confirm this hypothesis without a thorough analysis of the connectivity between seamounts. Moreover, since the coverage of our surveys was spatially and temporally limited, especially over the larger seamounts such as RSA, we could not confirm if other large aggregations, such as the one observed at McNish, were present at other seamounts. Other factors, such as larval stage duration, larval swimming ability and spatio-temporal patterns of the spawning activity would need to be investigated as they may largely contribute to the self-recruitment success (Sponaugle et al., 2002).

This study implies the presence of high mesopelagic and bentho-pelagic biomass at McNish Seamount, and would support the important role of seamounts in betho-pelagic coupling. The mesopelagic community, including pearlsides, transfer energy from the productive pelagic zone to the benthic zone by diel vertical migration (DVM) (Trueman et al., 2014). Mesopelagic fish such as pearlside, inhabit shallower waters at dusk and during the night (Staby et al., 2011) to feed on plankton and descend to the seabed where they reside during the day and are predated on by benthic and bentho-pelagic predators. The limited daytime acoustic observations at the seamounts confirmed that the pelagic pearlside scattering layers observed at night, descended tight to the seafloor where they were visible on the echogram as a dense layer.

The diet of bluenose from these seamounts (McNish, RSA and Yakhont) is known to include pearlside (Laptikhovsky et al., 2020), especially over McNish where it constituted more than 60% of the total diet, confirming the important trophic interactions between benthopelagic and pelagic environments. High pearlside densities, estimated to range from 78.6 to 95 g/m2, were similar to previous estimates (Kalinowski and Linkowski, 1983). The highest estimates were recorded over the flanks at McNish (compared to RSA), which might explain the higher importance of pearlside in the bluenose diet at McNish compared to other seamounts. The large bentho-pelagic fish aggregation was mainly located over the slope of the seamount, likely because of a higher availability of migrating prey. The higher backscatter values of both aggregations were located on the western flanks of the seamount, which, according to the oceanographic model, were generally characterised by weaker currents. It is possible that pearlside occupied these calmer habitats during non-feeding intervals to preserve energy (feed-rest hypothesis; Genin, 2004), and bluenose would target these high concentrations of prey. It is unclear whether the quantity of meso-pelagic prey at McNish would be able to support such a potentially high benthopelagic fish biomass, particularly for a prolonged period. For this reason, another hypothesis that could explain the presence of the large amount of fish at McNish is migration. Tagging studies on bluenose carried out in New Zealand have shown that adults can travel up to 490 km along the continental margin (Horn, 2003). Considering that the period of the survey (March–April) overlaps with the spawning season reported in the South Atlantic (Piotrovsky, 1994), bluenose might have migrated from the nearby seamounts and islands to McNish to spawn. Even though bluenose spawning migration has not been observed, this hypothesis cannot be excluded and more work is needed to investigate this further.

To our knowledge, this work represents the first scientific study combining fisheries acoustic methods, qualitative trawls and hydrodynamic modelling to explore the ecological role of the seamount ecosystems around the Tristan da Cunha archipelago. Despite several caveats, discussed in this study, the multi-disciplinary approach enabled us to describe patterns in the micronekton dynamics, analyse the influence of seamount topographic features on these observations and interpret them in context of the ecology of the region. This study contributes toward a better understanding of the relative importance of the newly established MPA, its role in the wider region and, more broadly, to the general understanding of the role of seamount systems in the open oceans. The suggested observations of enhanced (mesopelagic and benthopelagic) fish biomass detected near seamounts (compared to the surrounding ocean) corroborated the role of seamounts as ecological “oasis” (sensu McClain, 2007). As this enhanced productivity was only observed over specific seamounts, possibly as a result of complex interactions between topography, hydrodynamics and environmental factors, it further highlighted the heterogeneity of these habitats with differing ecological roles. More scientific efforts are needed to disentangle the complex interactions operating at seamounts by expanding the research focus to other components of the ecosystems such as planktonic and benthic organisms and a more comprehensive analysis on the physical forcing. Although further questions remain about the large bentho-pelagic aggregation on McNish, including on the species composition, this study has helped identify priority areas for future monitoring surveys which will be important to underpin sustainable management.
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The South Sandwich Islands (SSI) are a chain of volcanic islands located to the east of the Scotia Sea, approximately 700 km south-east of South Georgia. To date, knowledge of the SSI benthic environment remains limited. In this context, the Blue Belt Programme conducted a scientific survey in the SSI Marine Protected Area (MPA) during February/March 2019 to examine the biodiversity and distribution of benthic communities and their potential vulnerability to licensed longline research fisheries. Here we report results from analysis of multibeam echosounder (MBES) data and drop camera imagery data collected in selected locations around the SSI. A total of eight vulnerable marine ecosystem (VME) indicator morphotaxa were mapped along the slopes of the SSI, showing a substantial variation in taxon composition and frequency of occurrence, both along bathymetric and latitudinal gradients. Our results suggest that VME indicator taxa are mostly restricted to waters shallower than 700 m. As such, based on our present understanding of the region’s benthic environment the MPA, as currently established, offers effective protection for the majority of the VME indicator taxa.
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INTRODUCTION

The UK’s Overseas Territories (UKOTs) are home to over 90% of the United Kingdom’s biodiversity and are of fundamental importance to regional and international marine conservation (FCO, 2012). Located in the South Atlantic sector of the Southern Ocean, the overseas territory of South Georgia and the South Sandwich Islands (SGSSI) is recognised as a globally important wildlife haven. The islands are an internationally significant site for higher predators, hosting some of the largest populations of seabirds and marine mammals on Earth (Ratcliffe and Trathan, 2011; Trathan et al., 2014; Rogers et al., 2015). Furthermore, regional studies centred around South Georgia demonstrate a diverse and distinct benthic fauna with a high proportion of species recorded as endemic to the region (Barnes et al., 2011; Hogg et al., 2011; De Broyer et al., 2014).

In 2012, the Government of South Georgia & the South Sandwich Islands (GSGSSI) declared a sustainable use Marine Protected Area (MPA) across its maritime zone, covering an area of 1.24 million km2 (GSGSSI, 2018). The MPA saw additional enhancements in 2013 and 2018 (Trathan et.al., 2014; Clubbe, 2018; GSGSSI, 2018). It is one of the largest MPAs in the world and the South Sandwich Islands (SSI) forms a significant proportion of the area protected. The SGSSI MPA encompasses strict biodiversity protection measures. Bottom trawl fishing is prohibited inside the MPA and all forms of fishing activities on the seafloor are prohibited across 94% of the MPA. A toothfish research fishery, using the Spanish or Autoline systems, is currently restricted to depths between 700 and 2250 m. The fishery began in 1988 on the South Georgia shelf, expanding to the SSI in 1993, following a rapid expansion in the wider Southern Ocean (Collins et al., 2010). The SSI commercial fishery was abandoned due to low catches and the fishing activity was subsequently abandoned in the region until 2005 when CCAMLR agreed a mark-recapture research fishery in Subarea 48.4 (CCAMLR, 2016). In 2008, CCAMLR divided the Subarea 48.4 into a northern area (Subarea 48.4N) and a southern area (Subarea 48.4S) with targetted longline fisheries of Patagonian toothfish (Dissostichus eleginoides) in Subarea 48.4N and Antarctic toothfish (Dissostichus mawsoni) in Subarea 48.4S. Since 2013, the management regime was altered to remove the northern and southern areas and species-specific catch limits are set for the whole area (CCAMLR, 2016).

Vulnerable Marine Ecosystems (VME) refer to marine ecosystems with populations of sensitive taxa or habitats that are likely to experience substantial alteration from short-term or chronic disturbance and that are unlikely to recover during the timeframe in which the disturbance occurs (FAO, 2009). The VME concept was introduced in the United Nations General Assembly (UNGA) Resolution 61/105 (UNGA, 2006) and has been applied to the management of deep-sea fisheries worldwide. VMEs are defined as being vulnerable to impacts due to their physical or functional fragility, which makes them both easily disturbed and very slow or unable to recover (FAO, 2009). Whilst vulnerability must be assessed relative to specific threats and may vary, fragile, slow-growing and long-lived taxa with limited dispersal, such as corals and some sponges, can be considered universally vulnerable. Coral and sponge dominated communities, form complex habitats that harbour a wide range of epibenthic fauna (e.g., Bett and Rice, 1992; Copley et al., 1996; Pierrejean et al., 2020) and are important for overall ecosystem functioning. The Commission for the Conservation of Antarctic Marine Living Resources (CCAMLR) was among the first entities to come up with definitions of VME, through evaluating benthic taxa occurring in the convention area, which includes the SSI, in terms of their susceptibility to long term damage from fishing (CCAMLR, 2009b). CCAMLR has also adopted a number of conservation and environmental protection measures to address the protection of VMEs, including procedures to monitor and report encounters (CCAMLR, 2009a, 2013, 2019; see also Bell et al., 2019). Information on the distribution and abundance of VME indicator taxa is one of the most important and yet most often missing factors needed for effective identification and management of VMEs (Auster et al., 2011; Ardron et al., 2014). The lack of data coverage has led to the use of predictive modelling to extrapolate distribution over larger areas (e.g., Howell et al., 2016; Rowden et al., 2017; Kazanidis et al., 2019; Brewin et al., 2020). Other additional criteria are also required to designate VME, particularly abundance of the VME indicator taxa and the presence of threats (Morato et al., 2018).

Currently however, there is substantially more information available for South Georgia compared to the SSI. Little is known about the marine biodiversity of the SSI, particularly in deeper waters, which makes it challenging to assess the status of VME across the whole SGSSI MPA. The SSI are an archipelago formed by a chain of 11 volcanic islands located south-east of South Georgia on a roughly north–south axis between 56°S and 60°S (Figure 1). Due to their geographical isolation, inhospitable climate and lack of natural harbours, the logistical difficulty in carrying out in situ work at the islands has resulted in large gaps in our knowledge, especially of the islands benthic environment. Limited scientific sampling (e.g., Ramos, 1999; Howe et al., 2004; Malyutina, 2004; Griffiths et al., 2008; Kaiser et al., 2008; Lockhart and Jones, 2008; Linse et al., 2019), together with fisheries bycatch data (Collins et al., 2010; Roberts, 2012), has contributed to the current understanding of the region’s benthic ecosystems.
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FIGURE 1. Map of the study area showing the locations visited, with multibeam echosounder (MBES) coverage acquired in this study and the locations of drop-camera transects. The extent of no-take zones and pelagic closed areas are also indicated. The inset covering South Georgia and South Sandwich Islands shows the boundary of the South Georgia and South Sandwich Islands Marine Protected Area (SGSSI-MPA). Bathymetry from Leat et al. (2014) and GEBCO 2020 Grid (GEBCO Compilation Group, 2020).


With the objective of increasing the understanding of the benthic environment of the SSI, the Blue Belt Programme set out to collect data to examine the biodiversity and distribution of benthic invertebrate taxa and their potential vulnerability to impacts of the licensed longline research fisheries. The objectives of the Blue Belt UK Government funded RRS Discovery Expedition 99 (DY99) were supported by the GSGSSI MPA review (Clubbe, 2018), which highlighted significant gaps in the region’s knowledge despite the increasing amount of scientific research that has been undertaken within the MPA since 2013.

This study aimed to provide information on the distribution of VME indicator taxa at the SSI, spanning a geographical gradient from the north to the south of the archipelago and a depth gradient covering the MPA inner no-take zone and the zone open to long-line fisheries. Deep-water camera imagery collected during the Blue Belt RRS Discovery expedition (DY99), is used to investigate the epibenthic communities and high-resolution multibeam echosounder (MBES) acoustic data is used to extrapolates the fine-scale distribution of VME indicator taxa, at seven study locations through the archipelago.



MATERIALS AND METHODS


Study Area and Survey Design

The SSI, ∼700 km south-east of South Georgia, form an archipelago extending from 56°S to 60°S (Figure 1). The current study targetted seven survey areas located over 4 of the 11 islands. The north-western and south-eastern flanks of Zavodovski and Saunders Islands, eastern flank of Montagu Island, Montagu Bank and north-west flank of Southern Thule (Figure 1), were surveyed during February and March 2019.

At each survey location a representative area incorporating a bathymetric range of ∼150–2,000 m was covered by one or more acoustic survey lines collecting MBES bathymetry and backscatter. A preliminary analysis of the bathymetry onboard the vessel was used to inform the placement of target stations for drop camera deployment, of approximately 30 min seabed time, with the aim of targetting ∼200, 500, 750, 1,000, and 1,500 m depths (Figure 2).
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FIGURE 2. Example of the preliminary bathymetry products used for planning drop-camera transect locations across a representative bathymetric gradient, the camera system used and corresponding habitats observed.




Bathymetry, Backscatter, and Seabed Topography From MBES Data

Multibeam echosounder bathymetry and backscatter were acquired at 1–6 knots using a Kongsberg EM122 operated through the SIS (Seafloor Information Systems) acquisition software. Bathymetry data were processed using CARIS HIPS and MBES backscatter data with the QPS FMGT software package. Bathymetry and backscatter grids were resampled to 10 m resolution for analysis.

The bathymetry was used to generate several derivative topographic layers using SAGA GIS tools for QGIS (v. 3.2, https://www.qgis.org; Conrad et al., 2015). The topographic layers, their units of measure and the tools used to produce them are summarised in Table 1. Slope gradient and LS-factor were included as proxies for the likelihood of exposed hard substrata. Steeper slopes are more likely to host attached fauna, which require hard substrata and food-rich currents. LS-factor, is a combination of slope gradient and length, which predicts erosion potential (Desmet and Govers, 1996). Relative slope position (Boehner and Selige, 2006) can be interpreted as a proxy for different current conditions dependent on proximity to the top or bottom of the slope. Positive and negative topographic openness (Yokoyama et al., 2002) and the wind effect index (Boehner and Antonic, 2009) in turn indicate how prominent or sheltered an area is in relation to surrounding topography. Examples of the topographic layers are shown in the Supplementary Figure 8.


TABLE 1. Description of topographic derivative layers calculated from multibeam echosounder (MBES) bathymetry, using the SAGA for QGIS Tools (Conrad et al., 2015).

[image: Table 1]


Drop-Camera Imagery


Acquisition

Video observations were made with a deep-water capable drop-frame camera system (STR Telemetry, Figure 2), that separately collects high definition (HD, 1080p/25/30fps) video footage and 18-megapixel digital still images. Illumination was provided by four high-powered light emitting diodes (LED) and a separate high-powered synchronised flash. Both cameras were oriented to provide a forward oblique view of the seabed. The frame also carried a 250 kHz precision altimeter, combined compass and depth sensor and four scaling lasers placed in a 215 mm side length square.

Video and stills data were collected along 30–45 min transects with the vessel moving at a velocity of 0.3–0.5 knots, resulting in a mean distance travelled of 441 m (SD = 118 m). The 34 camera transects, covered a total of 14.99 km of seafloor. The position of the ship and of the drop-frame was recorded at 1 s intervals throughout each transect. The ship’s position was recorded using the central reference position (CRP), sourced from the ships GNSS. Drop-frame position was derived from an ultra-short baseline (USBL) acoustic positioning system beacon placed on the frame.

Recording commenced when the altimeter showed the camera was 30 m from the seabed and continued until the end of the tow and arrival back at 30 m altitude. Once on the seafloor the camera was flown as close to the seabed as possible whilst accounting for swell. Still images were acquired at approximately 30 s intervals through the transect when the camera was within 2 m of the seafloor. Positions were attributed to each still image through matching timestamps. The coordinates attributed to stills was primarily the USBL derived positions. Ship position was used where USBL positions were not available. Spatial accuracy of positioning ranged from ∼10 to 50 m, when using the USBL positioning and ship position, respectively.



Qualitative Assessment of Conspicuous Epifauna by Island

The video footage and still images were used to describe conspicuous epifauna present across the depth gradient at each island visited. For each drop camera tow, a list of the most common taxa was recorded, as well as notes on where rarely encountered, large or taxa sensitive to physical disturbance were observed. Most taxa were recorded at the level of operational taxonomic units or morphotaxa (Howell et al., 2019). However, where possible, identification was made to family or genus level. Identifications were based on Rauschert and Arntz (2010); Benedet (2017); Hogg and Collins (unpublished); Taylor (2011), SCAR Biogeographic Atlas (De Broyer et al., 2014), MBARI online deep-sea species guide (Jacobsen Stout et al., 2020) and by direct consultation with taxonomic experts.



VME Indicator Taxa

A second more detailed analysis of still images was done for VME indicator taxa, where the presence/absence of each VME indicator taxon was recorded for each still image. Target taxa were selected based on the CCAMLR VME Taxa Classification Guide (CCAMLR, 2009c) and consideration of morphologies that are potentially vulnerable to being caught as bycatch or damaged by bottom longline fishing. CCAMLR VME indicators are defined according to their ecological traits, including uniqueness, functional significance, life-history, and susceptibility to degradation by human-induced activities (Parker and Bowden, 2010). In this study we concentrated specifically on those taxa that were considered vulnerable to the longline fishing practices that are the only current source of potential impact in the study area. Poriferans were all recorded at the phylum level. Alcyonacean corals were divided into bottlebrush, whip and branching morphotypes. The different morphotypes of sea pens corresponded to recognisable genus and family level taxonomy (Umbelulla spp., Pennatula spp., Virgulariidae) and were recorded as such. Stalked crinoids were recorded at the morphotype level.



Distribution of VME Indicator Taxa

A three-step approach using Object Based Image Analysis (OBIA; Blaschke, 2010) was used to investigate the range of environmental conditions in which VME indicator taxa occur at the SSI and produce maps of the distribution of potentially suitable habitats covering the acoustic survey areas. OBIA works on stacks of raster bands, in this case the acoustic and topographic derivative spatial layers, to segment the layers into spatial units called “objects.” It does this by identifying and placing boundaries around sections with homogeneous characteristics across the layers. These objects can then be used to extract summary values, such as mean, standard deviation and skewness of the pixels that make up each object, for statistical analysis. The object-based approach identifies uniform areas with similar attributes, whilst filtering out noise from single pixels in the data layers. Because of this and its ability to differentiate meaningful seabed zones with well-defined boundaries (Lucieer and Lamarche, 2011), it is often used in conjunction with MBES backscatter data (e.g., Lucieer et al., 2013; Montereale Gavazzi et al., 2016; Lacharité et al., 2018; Misiuk et al., 2021) and for delineating distinct topographic features of interest (Diesing and Thorsnes, 2018). Whilst pixel-based and object-based approaches to habitat mapping both have their pros and cons (Diesing et al., 2014; Ierodiaconou et al., 2018), the object-based approach was chosen for this study, as the combination of larger uniform areas of seabed with multiple images along a drop-camera transect to describe the prevailing habitat facilitates analysis at a broader spatial scale than would be achieved matching images with individual pixel values.

In step 1, OBIA segmentation was run on each survey area. In step 2, environmental conditions in objects containing observations of VME indicator taxa were extracted and the ranges of values were investigated statistically to establish suitable conditions for each taxon at each surveyed location. In step 3, this information was used as an environmental envelope to classify objects as suitable or unsuitable for each VME type, producing maps of the locations where seabed habitats are similar to those where VME indicator taxa were observed.

For the segmentation (step 1), bathymetry, backscatter and topographic layers were imported into eCognition (vs. 9.3) for each island separately and segmentation carried out using the multi-resolution segmentation tool. Multi-resolution segmentation builds objects by consecutively merging neighbouring pixels until an a priori threshold for variability allowed in the objects is reached. This threshold is determined by the scale parameter. For a fixed value of the scale parameter, a homogeneous area of seabed will have larger objects than a heterogeneous area. Likewise, for a fixed seabed heterogeneity, larger values of the scale parameter produce larger objects (Diesing et al., 2014). Segmentation was done in two stages, first to delineate objects following the edges of topographic highs and lows, which bear relevance to the occurrence of suspension feeding sessile fauna such as corals and sponges, and second to further split the objects into soft and hard ground. The layers included in the first segmentation stage, LS-factor, Positive Openness and Relative Slope Position, were selected to represent different aspects of topography, in this case substratum stability, topographic prominence and placement on the hill-trough continuum. Consequently, the first segmentation produced objects that represent uniform patches of seabed with similar elevation in relation to the surrounding topography and slope characteristics. A scale parameter of 5 was used with equal weight for each layer. The other parameters were kept at default values. The scale parameter was chosen to minimise within-object variation, whilst keeping the size of objects from getting too small and achieving a good visual match to the edges of topographic features. In the second segmentation stage, the objects delineating topographic features were further subdivided into smaller objects based on backscatter strength, which is a proxy for seafloor hardness. The scale parameter was again set at 5. Supplementary Figure 10 shows an example area of the segmentation of the benthic environment into multiple objects overlaid on top of the environmental layers used in the algorithm. These objects were exported as a polygon shapefile, with object mean values of all input layers as attributes.

To investigate the environmental conditions where VME indicator taxa were observed (step 2), in QGIS, the object polygons intersected by a drop-camera transect were extracted and the number of the images within each object that included a presence of each distinct VME indicator taxon was added as a data field to each object. In the classification analysis Montagu Island and Montagu Bank are dealt with together and are represented by 147 objects with associated images. Zavodovski Island, Saunders Island and Southern Thule have 140, 122, and 76 objects, respectively. The number of camera images per object ranged from 1 to 48, with an average of six. The presence of indicator taxa in multiple images inside an object indicates a more continuous patch of suitable habitat than single images. The objects were placed into three prevalence classes based on the proportion of images containing each VME taxon. These were 0% (no images with observed presence), <50% (presence observed in less than half of the associated images) and ≥50% (presence observed in 50% or more of the associated images).

The environmental ranges for each taxon, were investigated by prevalence class and island using density plots and summary statistics of values for bathymetry, backscatter, and the topographic derivatives. The SSI demonstrates strong latitudinal gradients in environmental conditions not accounted for in this study, such as temperature and productivity, with significant environmental differentiation between each of the islands (Hogg et al., this issue; Supplementary Figure 9). Consequently, for example, the depth trends seen in the distribution of taxa can be complicated by the confounding influence of island-specific temperature and current profiles across the depth gradient. This means transferability of decision rules between islands is potentially problematic. As such, each study location was investigated separately, deriving island-specific environmental envelopes.

In step 3, maps were produced based on the object values. Methods used for classification of objects in benthic mapping studies range from decision rulesets based on user-defined cutoffs to various machine learning and statistical algorithms (e.g., Diesing et al., 2014; Montereale Gavazzi et al., 2016). In this study, an environmental envelope approach using user-defined cutoffs based on observed values was used for the classification part of OBIA. Whilst more sophisticated modelling methodologies, including numerous classification and regression based statistical approaches, are available, they require more input data to provide robust validated outputs. As such, here the habitat was classified suitable for a VME indicator taxon based on the environmental envelope. Environmental (or Climatic) Envelopes are based on the premise of extracting the position of the relevant taxon within a multidimensional space defined by the range of values of a set of environmental variables in available observations, often within a fixed percentile range to reduce sensitivity to outliers (Kadmon et al., 2003). The envelopes were derived from the summary statistics for objects where the taxon was observed present (<50%) or common (≥50%). Maps were limited to those VME indicator taxon and island combinations with a minimum of 10 objects containing presence records, to ensure reliable statistics of environmental variables from the objects. This limited mapping to all corals and sponges at Zavodovski and Saunders Islands and branching corals only at Montagu Island and Bank. The approach used gives a general indication of the location of potentially suitable habitat. Without fitting a formal model it is not possible to assign probability of presence and the small dataset size excludes reliable validation of habitat suitability. Therefore, the results must be interpreted with these limitations in mind.

The decision rules defining the environmental envelopes are shown in Table 2. The variables used to classify objects were backscatter strength, depth, LS-factor, Relative Slope Position, Slope and Wind Exposition Index, each showing a difference between the density distributions of the prevalence classes in the density plots. The more commonly occurring taxa (bottlebrush and whip corals and sponges) were mapped based on the conditions where they were observed as “continuous habitat” (with a ≥50% presence frequency). The sparsely occurring branching corals, which were not observed as continuous habitat in 10 or more objects, were instead mapped based on any occurrence (<50% presence frequency). For each taxon and island combination the minimum and maximum values (within 1.5 times the interquartile range to exclude outliers) of the objects in the respective frequency class (<50% or ≥50%) were extracted for each environmental variable. The upper and lower limits were applied for depth and LS-factor. For backscatter strength, Relative Slope Position, Slope and Wind Exposition Index just a lower limit was included.


TABLE 2. Summary of the environmental envelope decision rules with lower and upper boundaries used to create the maps depicting island-specific suitable habitat and potentially suitable habitat in deeper water for VME indicator taxa observed occurring as continuous habitat (bottlebrush and whip corals and sponges, >50% of images per object) and the sparse branching corals observed only occasionally (<50% of images per object).

[image: Table 2]At several of the islands, deeper transects all fell on level soft ground, which makes determining the true depth limit of the hard substrate-dependent taxa difficult. To address this issue, a second map class was used which extended the maximum depth for each taxon to that observed across all the islands. For the extended maps the lower limits for Slope, Relative Slope Position, and Wind Exposition Index values were assigned using the lower quartile, to limit them to the most likely locations only. Finally, the maps of suitabe habitat of the individual VME indicator taxa at each island were combined producing maps showing the number of co-occurring VME indicator taxa to indicate the locations where habitat suitable for VME indicator taxa is most likely.



RESULTS


Epibenthic Fauna and Benthic Habitats at the South Sandwich Islands

The qualitative analysis of video and still imagery showed that the submerged slopes of the SSI were predominantly soft bottom environments with exposed rock present only where local slopes were steep and exposed enough not to allow sedimentation. The benthic epifauna observed on drop-camera transects included hard and soft corals, bryozoans, and sponges attached to exposed rock and dropstones, whilst ophiuroids, sea stars and holothurians dominated the soft sediments. Observations indicate a marked change in abundance and faunal composition correlated with depth and substrate, with higher diversity occurring in the shallower hard substrate habitats.

At Zavodovski Island, occasional dropstones and very steep vertical walls covered by primnoid and isidid corals, various sponges and bryozoans were observed at the shallower stations. Comatulid crinoids were also particularly abundant at between 250 and 300 m depth. The occurrence of corals and sponges reduced dramatically below 350 m depth. At greater depths, diversity and abundance of benthic epifauna was low but included occasional anemones and holothurians. Small swarms of shrimps and some crabs (Paramolis spp.) were commonly observed along with lebensspuren (biologically formed sedimentary structures) in the form of infauna burrows.

At Saunders Island, a complex assemblage of benthic fauna was observed between 220 and 390 m depth. Alcyonaceans including whip and bottlebrush corals, comatulid crinoids, sponges, sea anemones, holothurians and large sea stars were notably abundant at this site. Bedrock outcrops, covered with small-sized fauna, were common on steeper slopes, while flatter areas were covered by fine-grained sediments. One deployment was carried out on the eastern slope, between 300 and 580 m depth, where abundance of benthic epifauna was low, but included rare and little-known hydroids (e.g., Candelabrum sp.), alcyonacean corals, soft corals, sponges and anemones populating moderately large dropstones.

Faunal diversity and abundance were very low along the flanks of Montagu Island, where soft sediment dominated the landscape. Extensive aggregations of tubed polychaetes were encountered at the two shallowest stations, at ∼180 m depth. Some anemones of considerable size were also recorded along these transects. Lebensspuren in the form of infauna burrows and feeding mounds were evident at greater depths, as were numerous large ophiuroids and burrowing holothurians. Sea pens, an important VME indicator, although not particularly prevalent, were recorded along the deepest transect between 810 and 830 m depth.

The benthic habitat observed at Montagu Bank was predominantly formed of small rocks and gravel. Faunal diversity and overall abundance were very low. However, high abundances of holothurians (Psolus sp.), brachiopods and comatulid crinoids were noticeable in two of the four camera deployments.

At Southern Thule, between 235 and 2,050 m depth, soft sediment was the dominant substrate. Diversity and abundance of benthic epifauna observed was low in comparison to the two northernmost islands. The benthic communities were dominated by ophiuroids, while large anemones were commonly observed attached to occasional dropstones. Sea pigs (probably Laetmogone violacea) were common at Southern Thule.

Supplementary Figures 2 to 7 show examples of the habitats encountered at different depths at each study location.



Distribution of VME Indicator Taxa Across the South Sandwich Islands

Vulnerable marine ecosystem indicator taxa, as defined by the CCAMLR VME Taxa Classification Guide (CCAMLR, 2009c), observed at the SSI include various alcyonacean corals, sea pens, stalked crinoids, sponges, anemones, soft corals, zoanthids, and solitary cup corals. Of these, alcyonacean corals, sea pens, stalked crinoids, and sponges were investigated in more detail. Figure 3 shows examples of the alcyonacean and pennatulacean morphotypes and taxa observed in this study. The bottlebrush, whip and branching alcyonaceans all included taxa in the family Primnoidea (e.g., Thouarella cf. and Primnoella cf.). The bottlebrush and branching morphotypes also included taxa in the family Isididae. Sea pens included Pennatula spp. and Umbellula spp. and the family Virgulariidae. Porifera included mainly globular and massive morphotypes of demosponges (Figure 4). Figure 4 also shows examples of the stalked crinoids observed at Saunders Island and Montagu Bank.
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FIGURE 3. Photographs showing examples of selected VME indicator taxa observed at the South Sandwich Islands. (A–C) bottlebrush corals; (D–G) whip corals; (H–J) branching corals; (K) sea pen, Umbellula sp.; (L) sea pen, Pennatula sp.; (M) sea pen, Virgulariidae.
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FIGURE 4. Photographs showing examples of selected VME indicator taxa observed at the South Sandwich Islands. (A,B) stalked crinoids; (C–L) sponges.


The most commonly observed were bottlebrush and whip morphologies of alcyonaceans and sponges. The vast majority of images including these taxa were collected at Zavodovski and Saunders Islands (Table 3). Porifera were also frequently observed together with the alcyonacean corals at the two northernmost islands but exhibited very low percent coverage. Porifera were less often observed in the middle and southern art of the archipelago, being present in 11 and 10% of all images at Zacodovski and Saunders Islands, respectively, but only in 1% of all images at both Montagu Island and Southern Thule. None were observed at Montagu Bank. Branching alcyonaceans, were less frequently encountered than the bottlebrush and whip morphotypes. The ratios of different coral morphotypes changed from the north to the south of the archipelago. At Zavodovski and Saunders Islands the majority of images containing corals included the bottlebrush (75 and 78% at Zavodovski and Saunders, respectively) and the whip (61 and 69%) morphotypes, whilst the branching morphotype was less common (20 and 7% of images). At Montagu Island and Bank occurrences of all corals were lower but with greater uniformity across the different morphotypes. The bottlebrush morphotype was present in 31 and 38%, the whip morphotype in 27 and 13% and branching morphotype in 42 and 50% of all images with corals present at Montagu Island and Bank, respectively. The branching morphotype was the dominant alcyonacean morphotype at Southern Thule, present in 89% of all images with corals present, whilst bottlebrush and whip morphologies were limited to 7 and 11%, respectively (Table 3). Sea pens were observed occasionally. The species of sea pen observed differed between the islands (Table 3). Stalked crinoids were only observed on two transects across the whole survey area. A white morphotype (Figure 4A) was observed in 3 images Saunders Island (at ∼290 m) and a yellow morphotype (Figure 4B) in one image at Montagu Bank (∼1,360 m; Table 3).


TABLE 3. Number and total length of transects, total number of images and number of images for which key VME indicator species were recorded at each study site by depth zone.

[image: Table 3]Although individual alcyonaceans and Porifera were observed down to ∼1,570 m, there was a tendency of alcyonaceans and Porifera to be more prevalent in shallower depths (<700 m, Table 3 and Figure 5A). These taxa were also more common on steeper slopes (Figure 5B), and from the middle to the top of the slopes of bathymetric elevations, particularly for the higher (≥50% images per object) prevalence class (Figure 6A). Similarly, the alcyonaceans and Porifera all occurred primarily in exposed conditions (exposure index > 1, Figure 6B). In all cases this was more prominent at Zavodovski Island, Saunders Island and Southern Thule than at Montagu Island.
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FIGURE 5. Scaled density curves showing the frequency of OBIA objects with 0, <50, or ≥50% prevalence of VME indicator taxa in intersecting images across the range of (A) depth, (B) slope.
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FIGURE 6. Scaled density curves showing the frequency of OBIA objects with 0, <50, or ≥50% prevalence of VME indicator taxa in intersecting images across the range of (A) Relative Slope Position and (B) Exposure Index.


Sea pens occurred in very few OBIA objects. The only exception was Montagu Island where a field of Pennatula spp. was encountered on one drop camera tow at ∼820 m depth. The deepest observation of Pennatula spp. was at Southern Thule at ∼1,050 m. Virgulariidae were observed at Zavodovski Island at ∼530 m depth, whilst Umbellula spp. were present at Saunders Island (∼240–380 m depth), Montagu Island and Montagu Bank (∼720 and ∼1,080 m, respectively) and Southern Thule (∼320 and ∼1,020 m). At Saunders and Montagu Islands, sea pens occurred in moderately sheltered to moderately exposed conditions, whereas observations at Southern Thule were from more exposed environments (Figure 6B).

Zavodovski and Saunders Islands had exposed hard substrate on their steeper flanks. In contrast, at Montagu Island and Bank, the drop camera transects generally crossed much more gently sloping terrain and consequently the bottom substrates largely consist of soft sediment. As a result, Alcyonaceans and sponges were scarce at the Montagu Island and Bank transects with bottlebrush and whip morphotypes, along with sponges, present in <10 of the area’s 147 objects. This sample size was too small to extrapolate distributions of bottlebrush and whip corals to the acoustic coverage at Montagu Bank. At Southern Thule there were very few observations of any of the VME indicator taxa altogether. Although branching Alcyonaceans were observed in 22 images, they were all located in just 6 out of 76 objects, whilst all other VME taxa were present in less. Consequently, no maps were extrapolated for Southern Thule. Maps representing the extent of habitats potentially suitable for Porifera and the bottlebrush and whip morphologies of Alcyonacea were produced only for Zavodovski and Saunders Islands. Branching Alcyonacea were mapped for Zavodovski, Saunders and Montagu Islands. Sea pens were frequent enough in OBIA objects to extrapolate to maps only for Montagu Island and Bank.

The map outputs illustrating the habitat suitable for different numbers of co-occurring VME indicator taxa across the acoustic survey coverage for Zavodovski Island, Saunders Island and Montagu Island and Bank are shown in Figures 7–9, respectively. Zavodovski Island has the steepest slopes and the largest area with overlapping suitable habitat for four VME indicator taxa. The habitat is largely contained above 700 m, and only a small proportion is identified as potentially suitable in the 700–2,250 m range where a fishery is permitted (Figure 7). At Saunders Island the habitat suitable for all four mapped VME indicator taxa is only present in small patches, but large areas are suitable for two VME indicator taxa (bottlebrush and whip Alcyonacean morphologies) and the potential habitat extension beyond observed depths is larger than at the other sites. Montagu Island and Bank see the least overlapping suitable habitat for VME indicator taxa, with small patches where corals and sponges overlap, whilst most of the area is mapped as suitable for branching corals or sea pens only. Although, sea pens were not present in enough objects to map potential suitable habitat at islands other than Montagu, observations of sea pens at all islands are presented as point locations in Figure 10, to illustrate the differing distribution of the sea pen species across the archipelago. Supplementary Figures 11–19 show the observed and predicted distributions of each VME indicator taxon in more detail.
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FIGURE 7. Extrapolated extent of potentially suitable habitat for VME indicator taxa in the two survey locations to the northwest (A) and southeast (B) of Zavodovski Island. Shown values refer to the number of VME indicator taxa (bottlebrush corals, branching corals, whip corals and sponges) for which suitable habitat is likely to co-occur. Blue colours indicate the extent within observed depth limit for this location, green colours indicate topographically suitable habitat present beyond the observed depth. High resolution bathymetry from DY99 is shown overlain on the South Sandwich Islands bathymetry compilation by Leat et al. (2014).



[image: image]

FIGURE 8. Extrapolated extent of potential ly suitable habitat for VME indicator taxa in the two survey locations to the northwest (A) and southeast (B) of Saunders Island. Shown values refer to the number of VME indicator taxa (bottlebrush corals, branching corals, whip corals and sponges) for which suitable habitat is likely to co-occur. Blue colours indicate the extent within observed depth limit for this location, green colours indicate topographically suitable habitat present beyond the observed depth. High resolution bathymetry from DY99 is shown overlain on the South Sandwich Islands bathymetry compilation by Leat et al. (2014).
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FIGURE 9. Extrapolated extent of potentially suitable habitat for VME indicator taxa in the two survey locations at Montagu Island (A) and Bank (B). Shown values refer to the number of VME indicator taxa for which suitable habitat is likely to co-occur. Blue colours indicate the extent within observed depth limit for this location, green colours indicate topographically suitable habitat present beyond the observed depth. High resolution bathymetry from DY99 is shown overlain on the South Sandwich Islands bathymetry compilation by Leat et al. (2014).
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FIGURE 10. Observations of sea pens in still images presented as point locations along drop camera transects at Zavodovski Island (A), Saunders Island (B), Montagu Island and Bank (C), and Southern Thule (D). Bathymetry from the South Sandwich Islands bathymetry compilation by Leat et al. (2014).




DISCUSSION

This study, a part of the The UK Government’s Blue Belt Programme, aimed to assess the distribution of potential VME across the chain of volcanic islands forming the SSI, visiting four of the islands over the north-south gradient of the archipelago. Our dedicated acoustic and camera surveys targetted a set range of depths and were successful in gaining new knowledge about the distributions and extent of VME indicator taxa present at the islands. We were able to distiguish both bathymetric and geographical north to south differences in the proportional occurrences of VME indicator taxa, which will feed directly into management of the region.

The SSI are a data poor region for which relatively little was known about the benthic biodiversity of the archipelago’s waters (Hogg et al., this special issue). This represented a significant gap in understanding of the region and its potential vulnerability to human impacts. Existing data on the presence of VME indicator taxa at the islands consists of trawl samples collected by passing expeditions over a hundred year time frame. Larger expeditions include the Discovery expeditions (1925–1938), Russian Antarctic expedition (1971), Islas Orcadas 575 (1975), and USNS Eltanin (1968–1982). More recently, limited scientific demersal trawl sampling has been carried out as part of wider Scotia Arc/Antarctic research cruises which included relatively few sampling stations at the SSI (e.g., Ramos, 1999; Lockhart and Jones, 2008), or were geographically restricted to individual islands, notably Southern Thule (e.g., Kaiser et al., 2008; Griffiths et al., 2009). Other research cruises have had a focus on specific benthic communities, for example the chemosynthetic fauna of deep-sea hydrothermal vents (Marsh et al., 2012; Linse et al., 2019). Lockhart and Jones (2008) collected a total of eight benthic trawl samples from depths between 85 and 400 m from Zavodovski, Candlemas, Montagu and Bristol Islands representing the most comprehensive and systematic sampling of the islands in recent years. Opportunistic records gained from toothfish fisheries bycatch data (Roberts, 2012) have contributed additional knowledge. Some, but not all of this data, are accessible through grey literature and open access databases such as the Global Biodiversity Information Facility (GBIF).

Although the previous studies have covered a number of depth zones and islands, there has not been a targetted sampling campaign that would yield information on the distribution of biodiversity and potential VME across the archipelago and depth gradient in a systematic way. The survey strategy in this study was aimed addressing that gap and optimising coverage of both the north-south gradient over the island chain and a range of depths and bottom types. The limited time available on location led to the selection of a subset of four islands, placing survey areas covering a bathymetic gradient at each of the islands. The strategy was successful in collecting high resolution MBES bathymetry and backscatter over the typical seabed topographic features encountered at each island (Supplementary Figure 1), assessed in comparison to the coarser 100 m resolution SSI bathymetry compilation dataset (Leat et al., 2014, 2016). Video tows were targetted across a wide depth gradient (200–1,500 m), with a view to include the varying topography observed in acoustic data at each of the islands investigated. The use of a video camera to collect in situ observations provided a good overview of the benthic environment, especially the presence of VME indicator taxa. A drop camera system also allows sampling on the steep volcanic slopes, rather than relying on data collected through trawling which is often restricted to flatter topography.

Our findings on the general patterns of epibenthic biodiversity conform to the expectations of the Antarctic benthos being dominated by suspension feeders in shallower waters and deposit feeders in deeper waters (Griffiths, 2010). The main suspension feeding taxa were Primnoid and Isidid alcyonaceans (previously known as gorgonians), which are the most common corals encountered in Antarctic and sub-Antarctic waters (Watling et al., 2011). Many of the bottlebrush morthotype of corals closely resemble Thouarella spp., the most common primnoid genus in the region (Gutt and Starmans, 1998; Zapata-Guardiola and López-González, 2010; Ambroso et al., 2017), although identification from image data is tentative. Sponges were present throughout the studied area but abundance was always low, which is in contrast to the South Orkney Islands (Jones and Lockhart, 2011; Brasier et al., 2018) and the region in general (Downey et al., 2012) where the VME biomass is driven by sponges. The apparent disparity may be due to the differences between physical sampling and visual observation. Lockhart and Jones (2008) reported Porifera contributing 20–25% of biomass in two trawls at Zavodovski (330 m) and one trawl at Montagu (no depth reported). Kaiser et al. (2008) also recorded some sponges in their 500 and 1,000 m depth trawls at Southern Thule, but the biomass collected was low. Fauna on soft bottoms appeared similar to that reported in South Georgia by Lockhart and Jones (2008) and the South Orkneys by Brasier et al. (2018) with more mobile taxa and echinoderms featured prominently in the epifauna.

Mapping distributions of taxa from data poor regions is challenging as most statistical methods that are used to model and predict species distributions (e.g., see Elith and Leathwick, 2009; Norberg et al., 2019) are sensitive to biases and limitations in data inputs (Vierod et al., 2014; Sofaer et al., 2019; Melo-Merino et al., 2020; Winship et al., 2020). Biased and limited data can yield inflated accuracy estimates whilst limiting true model performance (Bean et al., 2012) and exaggerating the effects of locational errors (Mitchell et al., 2017). Although there is no established rule to decide a minimum sample size for distribution modelling, several studies have suggested different minimum sample sizes, ranging from 30 to 200 samples (Wisz et al., 2008; Hanberry et al., 2012; Bucas et al., 2013). Reliable modelling of species or habitat distributions requires much larger datasets, more widely spatially distributed, than the data that can be collected during the limited time available on location during a single expedition targetting a remote location such as the SSI. Consequently data used in models of VME distribution most commonly comes from regional databases or from multiple combined surveys (Vierod et al., 2014; Melo-Merino et al., 2020; Bowden et al., 2021). The advantage of a simple environmental envelope approach for a data-poor region such as SSI, is the methodology has no associated assumptions about the spatial structure of sampling or data distributions. The limitations of envelope approaches are, however, that they only specify the tolerance limits of taxa in relation to each of the individual environmental variables. Their rectilinear concept of the multivariate space around the environmental variables does not allow for regions of absence, account for non-linear and skewed ecological responses or deal with interactions between variables (Barry and Elith, 2006). Consequently, map outputs from envelope models can overestimate suitable area. With this in mind, the output maps should be interpreted as locations within the combination of ranges of environmental variables where the VME taxa have been observed, and which are consequently likely to be capable of supporting populations of these taxa, without any statistical assumptions or predictions of the likelihood of their presence or absence. Further observations targetting areas inside and outside the areas mapped as suitable habitat by the environemental envelopes would enable more detailed approximations of the potential distribution of VME.

The bathymetry and backscatter data collected in this study were, at 10 m cell size, of high resolution for deep water acoustic survey. There is, however, finer-scale variability in substate type that is not captured in the MBES data that will affect the presence of the studied taxa, which cannot be captured at the resolution of the maps. Consequently, the maps should be interpreted with the understanding that they show areas where the habitat is likely to be suitable given appropriate substrate conditions. The fundamental mismatch between the spatial resolution and accuracy of positioning of a still image and the footprint of acoustic data presents an additional source of error. The object-based approach used in this study goes a way towards addressing the issue by combining the information from multiple images to describe continuous patches of seafloor. It must be noted, however, that images in areas with many smaller objects or near the edges of the larger objects can fall inside the “wrong” object, introducing a source of error. Where such edge effects would be noticeable are bottoms of slopes, where objects of steep topography border objects of flat topography, and the edges of hard substrata. As a result outliers were excluded when determining the environmental envelopes. It further cannot be ruled out that VME indicator taxa may occur outside the depth limits observed in this survey. The acoustically surveyed area includes some locations with topographically suitable conditions that were not sampled during the survey, and consequently cannot be discounted as potential habitat without additional sampling.

A total of eight VME indicator taxa were mapped along the slopes of the SSI and a clear distinction, both in taxon composition and abundance, can be made between different bathymetric zones and bottom types. Local-scale variations in distribution of benthic fauna are apparent, and the high-resolution MBES data and its derivative topographic surrogates suggest a high dependency of distribution on topographic features (depth, slope, exposure and position along the slope of local topographic elevations). The differences in taxa and their frequency of occurrence observed between islands correspond to a combination of differences in local topography at the locations surveyed and changes in environmental conditions along a north-south gradient. Equally, the differences in distribution between VME indicator taxa suggest that they respond differently to environmental conditions.

Alcyonacean corals and most of the observed Porifera, were almost always observed on steeper slopes, located in exposed conditions mid-slope or higher. These environments are more likely to have exposed hard substrata, which provide the attachment surfaces required by these taxa. They were also largely restricted to depths above 700 m. Although individual alcyonaceans and Porifera were observed down to ∼1,570 m, only one significant aggregation of these taxa was recorded below 700 m. The depth limit is equally likely associated with the availability of suitable substrata. The vast majority of the islands’ flanks were covered in soft substrata. No camera tows coincided with the kind of steep topography likely to be associated with hard substrata at the deeper stations visited. Topography of the survey sites varied between islands with Montagu Island notably exhibiting a much flatter topography, with less suitable habitat for the hard substratum associated corals.

Of the sites with topography suitable for hard substratum associated taxa, the two northern islands, Zavodovski and Saunders, showed a larger variety of suspension feeding fauna in the rocky habitats surveyed than the southernmost Southern Thule. At Zavodovski and Saunders Islands the most common coral morphotypes were the bottlebrush and whip forms, whilst at Southern Thule most corals were of the branching morphotype. The branching corals at the two northern islands were also different taxonomically from Southern Thule, being represented largely by primnoid sea fans at Zavodovski and Saunders Island and by branching Isididae at Southern Thule. Ambroso et al. (2017) saw a similar change in the structure of gorgonian populations from north to south in the Weddell Sea, although the change was from Thouarella spp. as most abundant at southern stations to Isididae and Dasystenella acanthina in the northern stations. Trends in seabed temperature and productivity show a similar pattern between islands as the alcyonacean corals. Seabed temperature, although depth driven and with little annual variability, shows a maximum range of ∼0.7°C between the north and south of the archipelago, with broadly similar temperature profiles at Zavodovski and Saunders Islands in the north and Montagu Island, Montagu Bank and Southern Thule in the south (Hogg et al., this special issue). There is also a marked discontinuity in primary productivity just north of Southern Thule, which sets the island apart from the rest of the archipelago with relatively low levels of surface productivity (mean < 100 Mg C/m2/day with a peak of ∼160 Mg C/m2/day, Hogg et al., this special issue). Supplementary Figure 9 shows the ranges of depth, slope, annual mean net primary productivity (NPP), number of sea ice days, summer bottom temperature and current velocity at drop camera sampling stations.

Sea pens were observed over the whole island range and a much wider depth range, from ∼237 to ∼1,080 m. They also occurred across a wider exposure gradient with those at Saunders and Montagu Islands observed in moderately sheltered to moderately exposed conditions, whereas observations at Southern Thule were from more exposed environments. The main sea pen genus present at Montagu Island, the only location where sea pens were recorded in larger numbers, Pennatula spp. are associated with substrata ranging from soft muds to muddy sands and conditions sheltered from strong currents (Langton et al., 1990; Baker et al., 2012) and were observed on a level soft sediment plane at the foot of the island’s steeper slope. Umbellula spp., present at Saunders Island, Montagu Island and Bank and Southern Thule, on the other hand, have been observed across multiple types of substrata, both dominantly soft and dominantly hard bottom environments, indicating that they are also able to live in small patches of sediment among rocky ground (Clark and Bowden, 2015; Neves de Moura et al., 2018). The difference in the exposure ranges between the islands, is not unexpected given that the Umbellula spp. sea pens encountered at Southern Thule occurred on coarser sediments in exposed areas, whilst the Montagu Island and Bank transects represent the more elevated habitats where Umbellula spp. were observed and the more sheltered mud plain where Pennatula spp. were observed. The map of sea pen distribution for Montagu island and Bank is limited by the maximum depth of transects at the site, which limits the extrapolated distribution to a very narrow depth range and as such, the extent of their distribution could warrant further investigation with sampling targetted based on suitable ground (soft sediment, low reflectivity) to confirm their depth range and extent of distribution.

Our results indicate that in the area covered by this study the current zoning based MPA management measures, which exclude all types of fishing in waters shallower than 700 m, are successfully protecting the majority of the observed potential VME. We encountered only one area, to the east of Montagu Island, where an aggregation of a VME indicator species, Pennatula spp. sea pens, was recorded in the depth zone where longline fishing is permitted.



CONCLUSION

The main VME indicator taxa observed at the SSI were bottlebrush, whip and branched morphotypes of primnoid and isidid corals. Sponges and sea pens were present throughout the area, but abundances were low. The qualitative assessment of camera surveys indicates a change in fauna from the north to the south of the archipelago as well as with depth. Observations of VME indicator taxa at the southernmost island of Southern Thule were fewer and the most prevalent coral changes from the bottlebrush and whip morphotypes of primnoids to the branching morphotype of isidids. Further detailed analysis of faunal communities in the video and still imagery would assist to fully describe biogeographic differences and the role of the environment in driving them. The distribution of aggregations of VME indicator taxa was mainly limited to above 700 m. As such, the current zoning of longline fishing to within 700–2,250 m offers effective protection for the majority of the VME indicator taxa.
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St Helena is an isolated oceanic island located in the tropical South Atlantic, and knowledge of broadscale oceanography and productivity in its surrounding waters is limited. This study used model outputs (2007-2017), remote sensing data (1998-2017) and survey measurements (April 2018 and 2019) to determine background conditions for nutrients, chlorophyll and suspended particulate matter (SPM) in offshore waters and propose standards (thresholds) for assessing inshore water quality based on 50% deviation from seasonal (usually June to November) or annual averages. Seasonal thresholds were proposed for surface nitrate (average 0.18 μM), phosphate (average 0.26 μM), silicate (average 2.60 μM), chlorophyll (average 0.45 μg chl l–1), and SPM (average 0.96 mg l–1). Associated background values for most surface parameters (phosphate 0.17 μM, silicate 1.57 μM, chlorophyll 0.30 μg chl l–1; from model outputs and remote sensing) were slightly higher than offshore observations (April 2019). For nitrate, the average background value (0.12 μM) was lower than the observed average (0.24 μM). At depth (150-500 m), annual background values from model outputs were high (nitrate 26.8 μM, phosphate 1.8 μM, silicate 17.3 μM). Observed water masses at depths >150 m, identified to be of Antarctic and Atlantic origin, were nutrient-rich (e.g., 16 μM for nitrate, April 2019) and oxygen deficient (<4-6 mg l–1). A thermocline layer (between ca. 10 and 230 m), characterized by a sub-surface chlorophyll maximum (average 0.3-0.5 μg chl l–1) near the bottom of the euphotic zone (ca. 100 m), is likely to sustain primary and secondary production at St Helena. For assessing inshore levels of chemical contaminants and fecal bacteria estimated from survey measurements, standards were derived from the literature. A preliminary assessment of inshore observations using proposed thresholds from surface offshore waters and relevant literature standards indicated concerns regarding levels of nutrients and fecal bacteria at some locations. More detailed modeling and/or field-based studies are required to investigate seasonal trends and nutrient availability to inshore primary producers and to establish accurate levels of any contaminants of interest or risk to the marine environment.
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INTRODUCTION

St Helena is an isolated oceanic island, located in the tropical South Atlantic. The island provides habitat for a diverse range of tropical and sub-tropical marine species, many of which are endemic, CITES listed or listed on the IUCN Red List (IUCN, 2020). In September 2016, the 200 nm maritime zone or Exclusive Economic Zone (EEZ) around St Helena was declared an IUCN Category VI (Sustainable Use) Marine Protected Area (MPA) to provide protection for its biodiversity and to help ensure sustainable use of its natural resources.

St Helena is located approximately 1,500 km south of the equator, where warm surface waters contain few nutrients. To the south of the island, the surface waters of the subtropical gyre are also low in nutrients (McClain et al., 2004; Turner, 2020). Despite this, the marine waters around the island sustain productive commercial and recreational fisheries. Few (if any) field-based studies have been published on the physical, chemical and biological oceanography of the region. There is therefore limited information on how overall productivity in the marine waters around St Helena is sustained, and likely impacts of pressures such as climate change and ocean acidification. Marine production is likely to be influenced by broadscale oceanography, including the Benguela and Angola Currents (Feistel et al., 2003; Ellick et al., 2013; Cabos et al., 2017). Interactions between the atmosphere and the ocean influence winds, sea surface temperatures, currents, and resulting depths at which the nutrient-rich water is found. Studies from similar regions (e.g., Herbland et al., 1985) indicate that nutrients and plankton are generally found below the surface. Both mixing and upwelling are likely to play a key role in delivering nutrients into the surface waters. Eddy transport is also known to play a key role in westward transport of nutrients across the Atlantic subtropical gyres (McGillicuddy, 2016; Doddridge and Marshall, 2018).

Water quality plays a key role in determining the health of species and habitats within the marine environment. At St Helena, the main anthropogenic risks to marine water quality are directly from contaminants and marine debris from fishing, oil/chemical spills from shipping accidents, land-based run-off including untreated sewage (St Helena Government, 2016; Blue Belt Programme, 2018) and indirectly, through climate change. The on-island population is small (averaging 4,500 people since 2011; St Helena Government, 2018) and activities (e.g., boating, construction, provisioning) are largely related to fishing and a growing tourism industry (average visitor numbers per month since 2011 = 164; maximum 478 in December 20191). Most goods are imported as there is little agriculture or animal husbandry, and only fish and coffee are exported (St Helena Government, 2018). Wastewater from most properties is discharged through soakaways or septic tanks and management measures are underway to dispose of most sludge from a few settlements at a landfill site. A substantial amount of untreated sewage (and gray water) is discharged into the marine environment, for example at West Rocks (James Bay) and at Half Tree Hollow (St Helena Government, 2016), although there is a proposal for a wastewater scheme to screen effluent before discharging it offshore via a 500 m pipe (McVittie et al., 2019). Untreated sewage and storm water discharges may cause nutrient and microbiological contamination of the wider marine environment and marine biota. Bacteria, viruses and protozoans from human and animal sources, mainly attached to fine particulate matter, can affect bathing water quality and can accumulate in filter feeding shellfish (Potasman et al., 2002; OSPAR, 2009, 2010). A wide range of commonly used chemicals such as metals, herbicides and hydrocarbons may occur as contaminants in coastal and marine waters. Toxic contaminants generally alter marine ecosystem functioning by reducing productivity and increasing respiration (Johnston et al., 2015) and may have chronic effects on the growth and hatching rate of marine organisms (Law and Hii, 2006). Chemical pollutants such as pharmaceuticals and steroids may have endocrine disrupting effects on marine organisms (Smith et al., 2015).

Very little information is available on marine water quality at St Helena to support assessments of the state of the environment. Assessments usually require long term monitoring data and the development of standards or thresholds for key water quality parameters against which the data can be compared (e.g., Foden et al., 2011; OSPAR, 2013). Guidelines and standards have been developed in a number of regions, e.g., in South Africa, Europe, the United States, Australia and the Middle East (EIMP, 2001; EU, 2009, 2016; Brodie et al., 2011; DEA, 2012, 2018; Kress et al., 2019). Much of the guidance on the setting of standards or thresholds is based on establishing regional background concentrations using historical data and developing statistical measures, such as mean annual values or seasonal averages. Assessments of status can include analyses of long-term trends in the data in order to determine if observed changes are significant and in the direction required (e.g., EU, 2008a; COM, 2014). For example, for assessing anthropogenic nutrient enrichment and the impacts thereof (Tett et al., 2007), the direction required is generally downwards for nutrients and upwards for dissolved oxygen.

The aim of this study was to determine background environmental conditions and levels of pollutants (nutrients, chemical contaminants, and fecal indicator bacteria) in coastal waters at St Helena and to propose water quality standards (thresholds) for assessments of water quality. Data were obtained from model outputs and remote sensing, as well as measurements obtained during field surveys in 2018 and 2019. In 2019, samples were collected for analysis of nutrients (offshore and inshore), chlorophyll (offshore only), and chemical contaminants and fecal indicators (inshore only).



METHODS


Model and Satellite Data

Physical oceanographic data were obtained from global ocean model output (EU Copernicus Marine Services Information, 2018a), at a resolution of 1/12 degree (equivalent to a grid spacing of approximately 9 km at 16°S). Monthly mean fields were obtained for the period 2007-2017, allowing seasonal climatology to be determined over this time. Supporting atmospheric data were obtained from the European Centre for Medium-Range Weather Forecasts (ECMWF) atmospheric reanalysis product, ERA5 (Hersbach et al., 2019). Monthly wind speeds were obtained for the period 2010-2017.

Resulting ocean and atmospheric data were analyzed for a region extending approximately 100 km offshore around St Helena. At the resolution of the oceanographic model (1/12 degree), St Helena island itself is not represented. However, the model does include shallower bathymetry at the island’s location, and hence potential impacts on circulation, upwelling and mixing. The point at which the model bathymetry is shallowest (16.0°S, 5.75°W) was then chosen to be representative of conditions around the island.

Nutrient data were obtained from a global biogeochemical model reanalysis (EU Copernicus Marine Services Information, 2018b), at a resolution of 1/4 degree (equivalent to a grid spacing of approximately 27 km at 16°S). Monthly mean fields were obtained for the period 2007-2016, allowing seasonal cycles and variability to be determined over this time. At the resolution of the model (1/4 degree), again St Helena island was not represented. The nearest point was then chosen to represent likely conditions in the region (16.0°S, 5.75°W). Model simulations did not include nutrient sources from the island itself (e.g., through river runoff).

Ocean color data were obtained from merged satellite remote sensing products. Concentrations of chlorophyll (chl) and suspended particulate matter (SPM) were extracted at a resolution of 1/24 degree, equivalent to approximately 4 km grid spacing, for the period 1998-2017. At the time of this study, this required use of two different products, using reprocessed data for 1998-2016, and near real time data for 2017 (EU Copernicus Marine Services Information, 2018c-f). Data were downloaded as monthly averages, for a region approximately 100 km offshore around St Helena. To identify seasonal trends in waters immediately surrounding St Helena, ocean color data were averaged monthly for a smaller region (ca 25 km × 25 km) around the island. This region was a rectangle covering 15.85-16.06°S and 5.85-5.60°W, comprising 7 × 6 grid points.


Background Environmental Conditions and Proposed Thresholds

Background environmental conditions for nutrients, chlorophyll and SPM were estimated from model and satellite data. Monthly averages in surface waters were plotted over a 10- or 20- year period to identify seasonal trends and estimate background conditions at St Helena for seasons with highest natural values, e.g., June to November, given as seasonal averages and maximum values. Proposed assessment levels (thresholds) were developed following an approach used in Europe to meet the needs of various directives (COM, 2003; OSPAR, 2005; Devlin et al., 2011; Foden et al., 2011). These approaches typically allow for 50% deviation from background conditions during the most relevant season, for example the phytoplankton growth season for chlorophyll and the preceding period with highest nutrient levels. The Redfield ratio of N:P (16:1) plus 50% deviation was used to calculate a threshold value (24) for the ratio between dissolved inorganic nitrogen (N) and phosphorus (P).

For dissolved oxygen, concentrations above 6 mg l–1 are considered to cause no problems (Best et al., 2007), while concentrations <2 mg l–1 are considered to be hypoxic (Diaz and Rosenberg, 2008; Levin et al., 2009; Breitburg et al., 2018). Threshold values range from 4 to 6 mg l–1 (or 40-60% saturation) to identify areas of deficient or reduced oxygen (Foden et al., 2011; OSPAR, 2013). The lower value of 4 mg l–1 was adopted here.

Background conditions for chemical contaminants and fecal bacteria are typically low in marine waters. Assessment standards were derived from the literature. International assessment standards were reviewed and used to investigate risks at St Helena from chemical contaminants (e.g., EU, 2000, 2013) and fecal indicator bacteria (Table 1; EU, 2006).


TABLE 1. Microbiological standards for coastal and estuarine (transitional) waters.
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Surveys

Surveys of offshore oceanography at St Helena were carried out from the RRS James Clark Ross (survey JR17-004; 5th – 12th April 2018) and RRS Discovery (survey DY100; 5th – 14th April 2019). In 2019, inshore sites were sampled immediately after the offshore survey.


Study Sites

During both offshore surveys, field measurements were carried out at six stations around St Helena (Figure 1A). These stations were located on the 500 or 1000 m depth contour. In 2019, two new stations were located along a short transect outside James Bay extending from the station on the 500 m depth contour into shallower water (<50 m; Stations 14-16. Figure 1A).
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FIGURE 1. (A) Offshore CTD stations sampled at St Helena during the surveys; station numbers in 2019 are shown in bold; the inset shows the location of St Helena within the south Atlantic and the extent of the Marine Protected Area (MPA); the green rectangle shows where samples were collected inshore. (B) Inshore sampling locations; samples were obtained at one to four of the stations shown at each site. Nearshore bathymetry (≤500 m) reproduced by permission of the United Kingdom Hydrographic Office (UKHO) under delegated authority from The Keeper of Public Records (Crown Copyright). Basemap bathymetry from ESRI (2020).


In 2019, field measurements were made at eleven inshore sites (Figure 1B) using small boats, at one to four stations per site. Sites selected were those considered to be at greater risk from the impacts of human activities, such as sewage discharges and other land-based run-off (sites B, C, D, E, and H), fuel and other leakages (sites F and G), and fuel transfers (Rupert’s Bay jetties and refueling dock, sites I, J, K, and L, Figure 1B).



CTD Profiles and Sample Collection


Offshore

At each station, a CTD rosette was deployed to obtain profiles of water column structure. The sensor array included: a Seabird SBE11plus (temperature, °C; practical salinity; pressure, dbar), a Biospherical Licor Chelsea Sensor (downwelling Photosynthetically Active Radiation, μmol photons m–2 sec–1), a Chelsea Aquatracka MKIII fluorometer factory calibrated to an in-lab chlorophyll a standard (chlorophyll concentration, μg l–1), a WET Labs ECO BB Scattering Meter (volume scattering coefficient, m–1sr–1, 2019 only), a SBE 43 Dissolved Oxygen Sensor (dissolved oxygen, μM).

In 2019, discrete sea water samples were collected for chlorophyll and nutrient analyses during the CTD upcast using 20-liter Niskin bottles mounted on the CTD rosette. The number of sampling depths ranged from one (just below the sea surface) to seven.



Inshore

At inshore sites (Figure 1B), a Valeport mini CTD was deployed to measure profiles of temperature and salinity. Discrete surface water samples were collected using clean 1-liter polypropylene buckets. Samples for nutrient and contaminant analysis were kept cool and transferred to the RRS Discovery for processing and/or storage.



Chlorophyll

Triplicate sea water sub-samples (250-1000 ml) from each depth sampled were filtered through 47 mm diameter glass microfiber filters (GF/F) using a Millipore filtration rig under low vacuum (<5 mm Hg). Filters were retained, folded, wrapped in aluminum foil and stored in a −80°C freezer.



Nutrients

On board the RRS Discovery, sea water (250-500 ml) from each depth sampled was filtered using a Millipore filtration rig with 47 mm diameter glass microfiber filter papers (GF/F) under low vacuum (<5 mm Hg). The initial filtrate was used to rinse the vacuum flask, and the remaining seawater was filtered into three 60 ml sample pots. Two were preserved with 0.1 ml of 16 g l–1 mercuric chloride solution (final concentration approximately 28 mg l–1) and stored in a refrigerator. The remaining sample was stored in a <-20°C freezer for ammonium analysis.



Chemical Contaminants

Pre-cleaned glass sample bottles (1 liter) were used to collect samples for contaminant screening. At each station, a bottle was uncapped, submerged by hand, filled with seawater from just below the surface, and re-capped. Nitrile gloves were worn throughout this process. All samples were stored in the dark during the sampling period and then transferred to refrigerators on the RRS Discovery for storage and transport back to the United Kingdom. The samples were transported in a refrigerated vehicle from the vessel to the analytical laboratory in the United Kingdom.



Fecal Indicator Bacteria

Surface seawater samples (250 ml) were collected directly into labeled, sterile plastic bags (500 ml). Samples were transferred within 1 h of collection to the microbiology laboratory at the St Helena Hospital where they were set up immediately to incubate as described below.



Surveys: Data and Sample Analysis


CTD Profiles

All offshore CTD profiles were extracted using SeaSave software (Version 7.26.7, Sea-Bird Scientific). Inshore profiles were extracted using Valeport Connect software (Version 1.0.7.10, Valeport Limited). All profiles were analyzed in Matlab 2019a (MathWorks, 2019). Down casts were isolated, and profiles binned by taking a mean over 0.5 m intervals for offshore profiles and 0.2 m intervals for inshore profiles. To smooth profiles a moving mean with a window size of 5 % of the data was applied.

Offshore profiles were analyzed individually and grouped by survey and location west or east of St Helena:

• East = RRS Discovery stations 12, 13; RRS James Clark Ross stations 11, 15, 16, 17, 18.

• West = RRS Discovery stations 8, 9, 10, 11, 16; RRS James Clark Ross stations 9, 10, 12, 13, 14.

Profiles were averaged by survey and region to show average depths (e.g., water column, upper mixed layer, thermocline, euphotic zone, fluorescence maximum, and low dissolved oxygen) and light attenuation co-efficients.


Temperature and salinity

Profiles of temperature, salinity, and pressure were used to calculate potential density following the methods of Gill (1982), using a reference pressure of 10 dbar. Mixed layer depth (MLD) was defined as the shallowest depth at which a density gradient of 0.005 kg m–3dbar–1 was reached, following the threshold method of Dong et al. (2008). Waters above this were considered to be the surface mixed layer (also referred to as the upper mixed layer, UML). The base of the seasonal thermocline was identified as the greatest depth at which a density gradient of 0.005 kg m–3dbar–1 was reached.

Temperature-salinity diagrams were created from offshore profiles of salinity, temperature, and pressure, with potential temperature calculated following Fofonoff and Millard (1983) using a reference pressure of 10 dbar.



Photosynthetically active radiation (PAR)

Where downwelling photosynthetically active radiation (PAR) data were available for profiles taken during daylight hours, downward attenuation coefficients of PAR (Kd(PAR)) were calculated following the Lambert-Beer equation:
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where Ed(z) is downward irradiance available at a certain depth (z), Ed(0) is the downward irradiance available just below the surface, and K_d is the vertical attenuation coefficient for downwards irradiance between the surface and depth z (Kirk, 1994).

A linear regression of ln-transformed E_d vs. depth between the depth of the shallowest PAR value (often 0.5 m) and the depth at which E_d reached 1 μmol photon m–2 s–1 was used to derive Kd(PAR).

The depth of the euphotic zone (Zd) was approximated by 4.6/K_d, as per Kirk (1994), as K_d was observed to be relatively constant with depth.



Fluorescence

Sensor fluorescence values were validated using discrete chlorophyll measurements to confirm that factory calibrated fluorescence-to-chlorophyll ratios were appropriate for St Helena waters.



Turbidity

Turbidity values were occasionally below zero, presumably due to calibration error. To correct for this, negative turbidity values were set to zero.



Dissolved oxygen

Theoretical oxygen saturation profiles were calculated as a function of temperature and salinity assuming equilibrium with the atmosphere, as described in Garcia and Gordon (1992).



Chlorophyll Concentrations

Samples were returned to the United Kingdom and stored in a −80°C freezer for analysis by High Performance Liquid Chromatography (HPLC) as described in Hooker et al. (2005) in October 2019. The glass microfiber filters were transferred to vials with 6 ml 95% acetone and internal standard (vitamin E). Samples were mixed on a vortex mixer, sonicated on ice, extracted at 4°C for 20 h, and mixed again. Samples were then filtered through 0.2 μm Teflon syringe filters into HPLC vials and placed together with mixed pigments standards (DHI, Denmark) in the cooling rack of the HPLC system (Shimadzu LC-10A HPLC system with LC Solution Software). Buffer and samples were injected onto the HPLC system in the ratio 5:2 using a pre-treatment program and mixing in the loop before injection.

Total chlorophyll a concentrations (μg l–1) were the sum of chlorophyll a from Prochlorococcus spp. and from all other algae. The limit of detection was 0.02 μg l–1 for 250 ml filtered samples and 0.005 μg l–1 for 1000 ml filtered samples. The uncertainty of the method is <1.0%.

Measured chlorophyll concentrations were used to validate sensor fluorescence values (see above). Average values were calculated for the upper mixed layer, the seasonal thermocline, and deeper bottom waters (generally > 150 m).



Nutrients

Samples were returned to the United Kingdom and stored in a refrigerator or freezer prior to analysis. A subset of the frozen sub-samples was defrosted and analyzed for nutrients in August/September 2019.

Analyses were performed on a Skalar San++ Continuous Flow Analyser (CFA) (Skalar Analytical B.V, Breda, Netherlands) running channels for nitrite, phosphate, silicate and ammonium with photometric detection, as described in Bendschneider and Robinson (1952), Murphy and Riley (1962), Treguer and LeCorre (1975), Grasshoff (1976).

Samples were analyzed for nitrite-N, TOxN (nitrite+nitrate), ammonium-N, phosphate-P and silicate-Si. Total dissolved inorganic nitrogen (DIN) was calculated by summing TOxN and ammonium. Limits of detection were 0.07 μM for nitrite, 0.43 μM for ammonium, 0.14 μM for phosphate, and 0.09 μM for silicate.

For offshore samples, average values were calculated for surface waters (the upper mixed layer), the seasonal thermocline, and deeper bottom waters (>150 m). Average values of DIN and phosphate-P were used to calculate N:P ratios for comparison against Redfield ratios for N:P (16:1) and N:Si (∼1:1) (Downing, 1997; Lefevre et al., 2003; Burson et al., 2016). Values below the limits of detection were set to 0.01 μM and were not used to calculate nutrient ratios.



Chemical Contaminants

Samples were screened using a gas chromatography-mass spectrometry (GC-MS) technique for non-polar organic environmental pollutants (Smith et al., 2015; Gravell et al., 2013; Sandy and Civil, 2014; White et al., 2019; Sorensen et al., 2015).

The technique allows for a target based, multi-residue screening of volatile organic compounds (VOCs) and semi-volatile organic compounds (SVOCs). The method uses a retention time locked, custom built target mass spectrometric database with over 1050 compounds, allowing for the identification and measurement of a wide range of organic pollutants in any given water body. It applies deconvolution reporting software to provide increased confidence in identifying the chemical peaks in each sample. For each contaminant detected in the screening process, a chemical database was used to describe the possible sources and/or use of the chemicals.

Screening results are semi-quantitative and useful for indicating the presence of chemicals at concentrations in the μg l–1 range that may need further investigation and quantification. Estimated concentrations are indicative only and it is not generally considered appropriate to use these to determine if chemicals detected are at acceptable or unacceptable concentrations. Nonetheless, international standards were used to identify potential risks from chemical contaminants, particularly substances of very high concern (SVHC, EC, 2006; EU, 2006) and priority substances (EU, 2008b, 2013, 2016).



Fecal Indicator Bacteria

Samples were analyzed at the St Helena Public Health Laboratory at the General Hospital in Jamestown. The number of colony forming units of total coliforms and E. coli were enumerated using standard methods (SCA, 2016) following ISO guidelines (ISO, 2018). For each sample, up to 100 ml of water was filtered onto two 47 mm, 0.45 μm pore-size cellulose nitrate filter membranes. The filters were placed onto an absorbent pad that was saturated with membrane lauryl sulfate broth (MLSB) in a Petri dish. Petri dishes were incubated at 30°C for a 4-h recovery step. Following recovery, one Petri dish was incubated at 37°C and the other at 44°C for at least 14 h for each sample. After incubation, yellow colonies on the membranes incubated at 37°C were counted as presumptive coliforms and yellow colonies on the membranes incubated at 44°C were counted as presumptive E. coli.



RESULTS


Model and Satellite Data


Oceanographic Background Conditions


Temperature and salinity

Strong seasonal patterns were observed in the model temperature data (Figure 2A), with lower surface temperatures in late winter to early spring (minimum ca 20°C in September), increasing to higher values in late summer to early autumn (maximum ca 26°C in March). The depth of the upper mixed layer varied each year; average conditions showed a thermocline at approximately 100 m which was deeper in late winter to early spring.
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FIGURE 2. Temperature, salinity and nitrate (NO3) profiles, from model analysis (2007-2017) at 16°S, 5.75°W. (A) temperature (°C), (B) salinity, (C) nitrate (μM); note change of scale on y-axis. Left = time-series of monthly averages; right = monthly climatology.


Model surface salinities also showed a seasonal cycle (Figure 2B), with lower values during spring in the upper mixed layer (minimum of ca 36.4 in November). Throughout the year, salinity values were typically higher in the upper mixed layer and decreased with depth. Salinity data also indicated that the average depth of the upper mixed layer was around 100 m.



Nutrients, chlorophyll, and SPM

Seasonal trends were observed in model and satellite concentrations of surface nutrients, chlorophyll and SPM (Figures 3A-C). Maximum values were 1.86 μM for nitrate, 0.78 μg l–1 for chlorophyll and 1.6 mg l–1 for SPM (Figures 3A-C). Below the thermocline, nitrate concentrations were high, increasing to >30 μM below approximately 350 m depth (Figure 2C).

In surface waters, average monthly nitrate concentrations were low (close to or at zero) from January to May and increased from June to November, with maximum values in September (spring, Figure 3D). From these monthly climatologies, average background values for nitrate from June to November (seasonal average, Table 2a) were calculated to be 0.12 μM. Similarly, average background values were estimated to be 0.17 μM for phosphate and 1.57 μM for silicate (Table 2a). Using data from all months, the annual average for nitrate (0.06 μM, Table 2a) was lower than the seasonal average. For phosphate and silicate, annual averages were similar to seasonal averages. N:P and N:Si ratios from seasonal averages (0.7:1 and 0.1:1, respectively, from seasonal averages in Table 2a) were lower than Redfield ratios. At depth (150-500 m), annual averages were high (26.78 μM for nitrate, 1.81 μM for phosphate and 17.27 μM for silicate, Table 2a); N:P and N:Si ratios (15:1 and 1.6:1, respectively) calculated from annual averages were close to Redfield ratios.


TABLE 2. Background values for (a) surface waters from model output (2007-2016) and satellite products (1998-2017), shown as annual averages, seasonal averages (months with highest natural values, e.g. June to November, Figure 3) and maximum values; (b) 150-500 m from model outputs, shown as annual averages and maximum values. Averages from offshore survey data (see Table 4) are shown for (c) surface water (the upper mixed layer) and (d) deep water (>150 m). (e) Threshold values taken from the literature.

[image: Table 2]Chlorophyll and SPM concentrations (available as surface values only) showed inter-annual variability in precise timings and peak values (Figures 3B,C). Average monthly concentrations showed similar trends to nitrate concentrations; they were low (ca. 0.1 μg chl l–1, Figure 3E; 0.5 mg l–1 for SPM, Figure 3F) from January to May, increasing to reach a peak in October (0.38 μg chl l–1) or September (0.7 mg l–1 for SPM). Seasonal averages (Table 2) were calculated to be 0.3 μg chl l–1 and 0.64 mg l–1 for SPM. Annual averages for chlorophyll (0.06 μg chl l–1, Table 2) and SPM (0.59 mg l–1) were lower than seasonal averages.
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FIGURE 3. Time-series of monthly averages in surface waters shown in top panel (A) nitrate (NO3) concentration (μM) at 16°S, 5.75°W (see Figure 2); (B) chlorophyll (Chl) concentrations (mg m–3) and (C) SPM concentrations (g m–3) in a 25 km × 25 km grid around St Helena Island, from satellite data. Monthly climatology in surface concentrations shown in bottom panel (D) NO3 (2007-2016), (E) Chl (1998–2017), and (F) SPM (1998-2017).




Proposed Thresholds

Thresholds based on seasonal averages and maximum values in surface waters (Table 2) were proposed for nitrate (average = 0.18 μM, max = 2.79 μM), phosphate (average = 0.26 μM, max = 0.51 μM), silicate (average = 2.60 μM, max = 3.53 μM), chlorophyll (average = 0.45 μg chl l–1, max = 1.17 μg chl l–1), and SPM (average = 0.96 mg l–1, max = 2.40 mg l–1).



Survey Observations


CTD Profiles


Offshore waters

All offshore profiles of temperature and salinity (Figures 4, 5 and Supplementary Figure 1–6) displayed an upper mixed layer (UML) of uniform physical structure within the upper 10-30 m of the water column. Between the UML and 150-230 m depth, a seasonal thermocline of rapidly changing temperature was observed. Below this a deeper permanent thermocline was present where temperature and salinity changed slowly with depth until approximately 1 km depth where intermediate water masses were found.
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FIGURE 4. Profiles from RRS James Clark Ross (2018) of (A) temperature, (B) fluorometric chlorophyll, (C) oxygen concentration, (D) practical salinity, and (E) oxygen saturation, from east and west stations. The legend shows the CTD profile numbers.
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FIGURE 5. Profiles from RRS Discovery (2019) of (A) temperature, (B) fluorometric chlorophyll, (C) oxygen concentration, (D) practical salinity, (E) turbidity, and (F) oxygen saturation, from east and west stations. The legend shows the CTD profile numbers.


At the seasonal thermocline, a deep fluorescence (chlorophyll) maximum was observed in all profiles (Figures 4, 5; average values 0.29 to 0.46 μg chl l–1, Table 3). The chlorophyll maximum was accompanied by a turbidity maximum (Figure 5), an oxygen maximum (>6 mg l–1, Figures 4, 5), and oxygen saturation levels close to 100% (Figures 4, 5). All profiles displayed oxygen deficiency (<4 mg l–1) in waters below the seasonal thermocline (Table 3), averaging 3.53 mg l–1 at all depths > 150 m (Table 2).


TABLE 3. Summary of offshore CTD profiles averaged by survey and region (east and west of St Helena) showing water column depth (depth), mixed layer depth (MLD), maximum (max) depth and width of the seasonal thermocline (TC), the fluorescence maximum (FLRmax, μg chlorophyll l–1 and depth), the light attenuation co-efficient (Kd), the maximum depth of the euphotic zone (Zd), and the depth below which dissolved oxygen (DO) was <4 mg l–1.

[image: Table 3]In 2018 (JR17-004) the MLD of the upper mixed layer was on average 6 m deeper on the west side of the island, with a narrower region of rapidly changing density in the seasonal thermocline than on the east side (Table 3). The average maximum fluorescence value was 0.07 μg l–1 higher in easterly stations. On average, fluorescence maxima were higher on the easterly side of the island. The highest fluorescence value was, however, observed at Station 13 in the west (see Figure 1).

In 2019 (DY100) the MLD was similar on the eastern and western side of the island, as was the width of the seasonal thermocline (Table 3). Average maximum fluorescence values were similar in both regions, although the depth of the fluorescence maximum was on average 10 m deeper in the west. Optical properties of the water column were, on average, very similar. Profiles indicate that the observed oxygen maximum generally extended deeper at westerly stations, and minimum oxygen values were typically lower in the west (Figures 5C, F). Although, on average, fluorescence maximum values were similar between easterly and westerly stations (Table 3), highest fluorescence values were observed in the west (Figure 5B), as were highest turbidity maxima (Figure 5E). A deep turbidity maximum was also observed in the west (Figure 5E).



Temperature-salinity plots

Temperature-salinity (T-S) plots of offshore profiles from both surveys (Figure 6) allowed comparison of the water column against the typical characteristics of water masses in the region (Tomczak, 1999). The temperature and salinity characteristics of deep waters offshore of St Helena fall within ranges typical of South Atlantic Central Water at approximately 6°C–16°C and salinity 34.5-35.5 (linear section in Figure 6), Antarctic Intermediate Water, characterized by a salinity minimum at depth, with a core temperature of 4–5°C and salinity minima between 34.2 and 34.5, and North Atlantic Deep Water with a salinity greater than 34.8 (Steele, 2001). Figure 6 shows some level of variability in the warmer (>12°C) surface waters around St Helena, with T-S lines for the two surveys displaying slightly different behavior.
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FIGURE 6. T-S plot of selected CTD profiles from RRS James Clark Ross and RRS Discovery, including contours of uniform density showing typical signatures of South Atlantic Central Water, Antarctic Intermediate Water, and North Atlantic Deep Water.




James Bay transect

At the deepest station (Station 16, 500 m), profiles were similar to other offshore stations, with a chlorophyll maximum (0.3 μg l–1) at approx. 90 m (Figure 7, Table 3, and Supplementary Figures 3, 7). At the intermediate station (Station 15 ± 120 m water depth), the upper 30 m was well mixed with low chlorophyll concentrations (<0.1 μg chl l–1) and high levels of dissolved oxygen (>6 mg l–1, Supplementary Figure 3). Below 30 m, there was a gradual decrease in temperature and salinity; chlorophyll concentrations increased to a maximum of 0.4 μg l–1 at 40 m, where turbidity levels were also higher (approx. 1 m–1/sr; Supplementary Figure 3). At the shallow (50 m) innermost station (Station 14, see Figure 1), the water column was vertically mixed, with low chlorophyll concentrations (<0.1 μg chl l–1) and high levels of dissolved oxygen (>6 mg l–1, Supplementary Figure 3).
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FIGURE 7. (A-F) CTD profiles from the James Bay transect, DY100: Station 16 = furthest offshore; Station 14 = closest to James Bay. The legend shows the CTD profile numbers.




Inshore sites

Temperature and salinity profiles (Supplementary Figure 8) showed that the water column was generally mixed at all inshore sites. Water temperatures ranged from 24.5 to 25.1°C and salinities from 36.62 to 36.75. Average values (24.8°C, salinity 36.70) were similar to averages in the UML at all offshore stations (Figure 5) around St Helena (25.2°C, salinity 36.60) and along the James Bay transect (25.1°C, salinity 36.59).



Chlorophyll

Chlorophyll measurements confirmed that factory calibrations of sensor fluorescence were valid for St Helena. At depth, the relationship between the factory calibration and discrete samples was approximately 1:1, with some instances in shallower water where discrete samples returned slightly higher chlorophyll concentrations.

Discrete samples showed that average chlorophyll concentrations (Table 2) were low in surface waters (0.06 μg l–1, average depth 7 m), higher in samples taken at around 100 m (0.5 μg l–1, not shown) and low (0.02 μg l–1, Table 2) below the thermocline, at an average sample depth of 458 m.



Nutrients


Offshore waters

In offshore surface waters, nutrient concentrations were generally low (<1 μM, Table 4), except for ammonium (average = 1.79 μM) and therefore DIN (average = 2.04 μM). Dissolved inorganic phosphate concentrations were below the detection limit. At the two outermost stations (Stations 15 and 16) on the James Bay transect, concentrations of silicate were relatively high in the UML and thermocline region compared with most other stations (Table 4).


TABLE 4. Offshore concentrations of dissolved inorganic nutrients (μM) during the 2019 survey (DY100).

[image: Table 4]In deep (>150 m) offshore water, concentrations of TOxN, DIN, and silicate were high (>10 μM) at all stations (Table 4). Nitrate was the main contributor to DIN concentrations.

In surface waters, the average nutrient ratio (using DIN for nitrogen) was not calculated for N:P (Table 4), due to phosphate concentrations consistently below the limit of detection (LOD). The average ratio for N:Si (3:1, Table 4) was three times higher than the Redfield ratio of ∼1:1. In the thermocline region, the N:P ratio was not calculated due to low phosphate values (<LOD) and the average N:Si ratio (0.5:1) was lower than in surface waters and approximately half the Redfield ratio. In deep water (>150 m), the average N:P ratio was 34:1 (Table 4), approximately two times higher than the Redfield ratio. The N:Si ratio (1.1:1, Table 4) was close to the Redfield ratio.



Inshore sites

Nitrite and TOxN values were generally low at all inshore sites (Table 5). Average and maximum values were (respectively): 0.16 μM and 0.44 μM for nitrite, and 0.23 μM and 1.47 μM for TOxN. However, most nitrite values were higher than the average value in offshore surface water (0.08 μM, Table 4) and TOxN was higher than the surface offshore average (0.24 μM, Table 4) at two sites in James Bay (West Rocks outfall, D2, and Jamestown Steps, H1) and two sites in Rupert’s Bay (Rupert’s Slipway, K1, and the Refueling Dock, L1; Table 5).


TABLE 5. Concentrations of dissolved inorganic nutrients (μM) at all inshore sites sampled (surface water) in 2019.

[image: Table 5]Concentrations of ammonium were relatively high at all inshore sites (Table 5), with average and maximum values of 2.99 and 16.91 μM. Due to high ammonium concentrations, inshore values for DIN were also high (average 3.3 μM, maximum 18.38 μM, Table 5). Highest ammonium and DIN values were estimated at West Rocks Outfall (site D2) and Jamestown Steps (site H1, see Figure 1B).

Dissolved inorganic phosphate concentrations were below the detection limit at all sites (Table 5). Ratios of N:P were therefore not calculated.

Silicate concentrations were variable, with average and maximum values of 2.48 μM and 9.94 μM, respectively (Table 5). The average N:Si ratio was 3.5:1, approximately three times higher than the Redfield ratio of ∼1:1.

Average inshore nutrient concentrations (Table 5) were generally higher than average nutrient concentrations in offshore surface water (Tables 2b, 4) (inshore: 0.16 μM nitrite, 2.99 μM ammonium, 3.30 μM DIN, 2.48 μM silicate; offshore: 0.08 μM nitrite, 1.79 μM ammonium, 2.04 μM DIN, 0.29 μM silicate). Average concentrations of TOxN were comparable (0.23 μM inshore and 0.24 μM offshore).

Average inshore concentrations for most nutrient were lower (Table 5) than average nutrient concentrations in deep (>150 m) offshore water (Table 2c) (inshore: 0.16 μM nitrite, 0.23 μM TOxN, 3.3 μM DIN, 2.48 μM silicate; offshore: 0.21 μM nitrite, 16.71 μM TOxN, 17.03 μM DIN, 0.51 μM phosphate, 16.21 μM silicate). Ammonium concentrations were higher (2.99 μM inshore, 0.87 μM offshore).



Chemical Contaminants

Contaminants listed as Priority Substances under the European Water Framework Directive, (2000/60/EC) and substances of very high concern (EU, 2006) that are amenable to the GC-MS screen were absent from the results.

Low levels of contaminants of concern were detected in the samples analyzed, including bromoform, 2,4,6-tribromophenol, dibromomethane, and N, N-Diethyl-meta-toluamide (DEET).

The greatest number of contaminants (eight, Figure 8A) was detected at West Rocks outfall (Site D, Figure 1B). At all other sites, five or fewer chemical contaminants were detected (Figure 8A). In total, 14 different contaminants were detected in the inshore samples (Figure 8B; see Supplementary Table 1).
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FIGURE 8. (A) Average number of contaminants detected at each inshore site (B-L) with minimum and maximum values per station shown as error bars; (B) Average indicative concentration (in μg l–1) of contaminants detected at each inshore site.


Benzophenone-3 (a personal-care product), bromoform and dibromomethane (volatile solvents used for a range of purposes from agrochemical intermediates to refrigerant precursors to degreasing solvents) were the most frequently occurring chemicals, found at 25-30 stations (e.g., Jamestown Outfall (site E), Jamestown steps (site H), Rupert’s Bay temporary jetty (site J) [Supplementary Table 1]). Benzophenone-3 and bromoform were also identified at James Bay Moorings (site F).

At Rupert’s Bay main jetty (site I), bromoform was recorded at a relatively high concentration (>0.1 μg l–1, Supplementary Table 1), as well as homosalate (sunscreen UV filter) at low concentrations. At Rupert’s Bay temporary jetty, benzophenone-3 was recorded at a relatively high concentration (>0.1 μg l–1). At Half Tree Hollow (site B), benzophenone, benzophenone-3 and octocrylene (a UV-filter) were found at relatively high concentrations (∼0.11, ∼3.1, and ∼0.16 μg l–1, respectively).

At Ladder Hill (site C), the most commonly occurring chemicals identified were the volatile solvents, benzophenone-3, bromoform and dibromomethane (all at low concentrations of <0.1 μg l–1, Supplementary Table 1). A pesticide, 2,4,6-tribromophenol, was also detected here, at low concentrations (<0.005 μg l–1).

At West Rocks Outfall (site D), the most commonly occurring chemicals were volatile solvents (all at low concentrations of <0.1 μg l–1, Supplementary Table 1). Caffeine and bromoform were recorded at relatively high concentrations (each >0.1 μg l–1).

Benzophenone-3 and homosalate (sunscreen UV filter) were detected in one sample from the wreck of RFA Darkdale (G4).



Fecal Indicator Bacteria

Total coliform and E. coli concentrations ranged from <20 CFU/100 ml (at several locations) to >300 CFU/100 ml at West Rocks Outfall (Table 6) for both total coliforms and E. coli. Untreated sewage is discharged here, and it is adjacent to one of the main swimming areas on the Island. At other inshore sites sampled, counts were <100 CFU/100 ml (Table 6).


TABLE 6. Total colony counts of coliforms and Escherichia coli at nine of the sites sampled in 2019.

[image: Table 6]


DISCUSSION


Oceanographic Background Conditions

In the absence of long-term data at St Helena, model and satellite outputs provided valuable data for estimating the oceanographic background conditions at St Helena, particularly over large temporal and spatial scales. To identify annual and seasonal trends in chlorophyll and SPM relevant to St Helena, ocean color data were restricted to a relatively small area around (ca 25 km × 25 km) around the island. As for all remotely sensed data, outputs were for surface waters only. Model outputs provided comparable information on trends in concentrations of dissolved inorganic nutrients and dissolved oxygen. Moreover, they provided outputs based on vertical distributions through the water column. These outputs showed that nutrient concentrations were low (<2 μM nitrate and <0.5 μM phosphate) in surface waters and high (up to 40 μM nitrate and 1.5 μM phosphate) in waters below the thermocline present at around 100 m. In surface waters, monthly climatologies in both model and satellite outputs indicated seasonal trends, with June to November likely to represent the period of highest productivity. During these months, the water column was less stratified, possibly allowing nutrient-rich water to mix with shallower waters in the thermocline region.

Offshore observations were consistent with model results, even though the surveys (both in April) were earlier than the season with highest surface productivity. Field measurements clearly showed the presence of a sub-surface chlorophyll maximum in the thermocline region. These chlorophyll maxima are a frequent occurrence in many marine ecosystems (e.g., Herbland et al., 1985; Bauerfeind, 1987; Wasmund et al., 2005; Lett et al., 2007; Lund-Hansen, 2011; Cullen, 2015; Baldry et al., 2020) and are thought to occur due to the interplay of many factors including light, nutrient availability and grazing. Discrete samples showing that chlorophyll values in surface waters may be higher than data from remote sensing suggest that surface sensed chlorophyll data should be taken as indicative. Furthermore, discrete measurements showing surface chlorophyll values slightly higher than fluorometrically sensed values may indicate that non-photochemical quenching of fluorescence values may occur in the high light environment in surface waters. Correction of the fluorescence to chlorophyll relationship requires greater understanding of surface mixing and physiology of species in surface waters (Xing et al., 2018).

N:P ratios lower than the Redfield ratio (e.g., in the model) potentially indicate that not all nitrogen sources (such as ammonium) are taken into consideration or that seasonal or annual averages are not able to reflect short-term changes in nutrient and phytoplankton dynamics. Phosphorus concentrations below the limit of detection of the analytical instrument may indicate phosphorus limitation of phytoplankton communities in surface and thermocline waters. Relatively high observed N:P values (34:1) in waters deeper than 150 m were within the ranges reported in the literature (e.g., Downing, 1997) but may suggest limited phosphorus concentrations in source waters. Model and observed nitrogen to silicate ratios in line with Redfield ratios of ca 1:1 in deeper water (>150 m) suggest that silicate concentrations here were in balance with nitrogen in source waters. Low N:Si ratios (in the model and observed in the thermocline region) also indicate that not all nitrogen sources are accounted for or that nitrogen is the limiting nutrient. Overall, it appeared that all nutrients, especially phosphorus and silicate, were limiting in surface waters.

The contribution to DIN by ammonium was negligible in deeper waters (>150 m); however, it appeared to make a greater contribution (ca 50%) in the thermocline region and account for most of the DIN in surface waters. Reasons for this are unclear and may be attributable to factors such as excretion by large populations of marine animals (e.g., turtles, sharks, and seabirds), as suggested in studies in the Indian Ocean (Chagos Archipelago; Rayner and Drew, 1984; Painting et al., 2021) and Pacific Ocean (Palmyra atoll, south of Hawaii; Williams et al., 2018). These were not accounted for in the model, or in the field work. Certainly, high ammonium levels due, for example, to faunal excretion would have affected observed ratios of nitrogen to phosphorus and/or silicate. They would also be difficult to take account of in establishing background conditions.

In both model outputs and survey measurements, oxygen deficiency (<4 mg l–1) was observed below the thermocline in offshore waters. As indicated by observed T-S profiles, this is largely attributable to their origin in South Atlantic Central Water (SACW; Voituriez and Chuchla, 1978; Stramma and Visbeck, 2008) and therefore to a combination of weak ocean ventilation and oxygen consumption at depth due to respiration (Stramma and Visbeck, 2008) rather than human activities. Turbidity maxima associated with the oxygen minimum suggest significant levels of respiration or biological activity associated with suspended particles in the water column at these depths.

No information was obtained on offshore-onshore exchange of water and nutrients, or the influence of coastal upwelling on inshore nutrient concentrations. Tidal circulation as well as wind-driven upwelling are both potential causes of mixing and therefore nutrient supply to coastal waters from deeper waters. During the 2019 survey, the James Bay transect did not show any evidence of upwelling of the deep nutrient-rich water in the coastal region. Understanding the mechanisms for advection and mixing with these deeper waters will require more detailed study of alongshore and offshore-onshore advection processes. It is possible that deep nutrient-rich waters do not reach the surface layers offshore or in coastal regions, and that all the primary production which sustains biological communities and fish stocks takes place at sub-surface boundary layers. This suggests that background conditions in offshore surface waters provide the appropriate baseline conditions for assessment of water quality in inshore regions. However, if oxygen deficient waters are advected into coastal waters, they may cause mortality of less mobile species (Vaquer-Sunyer and Duarte, 2008). Oxygen deficiency is a key indicator for assessing the impacts of nutrient enrichment on fish and benthic species in the marine environment, largely due to decay of excess organic production (Nixon, 1995; Painting et al., 2005; Painting et al., 2007; Tett et al., 2007; Greenwood et al., 2010; Devlin et al., 2011; Foden et al., 2011; Große et al., 2016), and distinguishing between these impacts and natural causes of oxygen deficiency is important in assessing coastal waters at St Helena.

Despite clear oceanographic differences between surface and deeper waters due to a highly stratified offshore water column, surface data were used to determine background conditions and set proposed thresholds for nutrients and chlorophyll for assessing for assessment of coastal pollutants. These thresholds were comparable with values proposed in other (sub)tropical regions (e.g., Bahrain, Painting et al., in preparation). SPM was included here as an alternative proxy for phytoplankton biomass, as it may be more feasible to measure routinely than chlorophyll concentrations.



Comparison of Observations Against Thresholds

Very few observations in coastal waters exceeded the assessment thresholds proposed here based on background data for surface waters or obtained from the literature. Overall, these findings indicated few concerns about coastal water quality at St Helena.


Nutrients, Chlorophyll, and Dissolved Oxygen

Seasonal data from surface waters were used to determine background conditions and propose thresholds for nutrients, chlorophyll and SPM for routine assessments of water quality in the coastal environment. For dissolved oxygen, assessment thresholds from the literature likely to be applicable in all ecosystems were proposed here for St Helena. Under upwelling conditions, background conditions for nutrients from deeper waters could be applied in water quality assessments, although concentrations in upwelled water are likely to mask high levels due to anthropogenic enrichment. The oxygen thresholds would need to be applied with caution, as low oxygen levels may be due to the impacts of nutrient enrichment, or to advection of oxygen deficient water into the coastal region.

Using our proposed thresholds based on surface background concentrations, observations from a few inshore sites indicate concerns regarding water quality. For example, high concentrations of ammonium at West Rocks Outfall (site D2) and Jamestown Steps (H1) may indicate discharges of human or animal waste into the marine environment and may be a cause for concern. In the absence of discharge data this is difficult to verify. Moreover, if background concentrations for ammonium are high in offshore waters (see above), distinguishing between environmental sources of ammonium and anthropogenic sources may require the development of thresholds based on more comprehensive field measurements. Maximum offshore values (1.98 μM at depth, 2.11 μM in the thermocline region and 2.01 μM in surface waters; Table 4) comparable with the inshore average (2.99 μM, Table 5) suggest that an assessment threshold could be based on any of these data. The high ammonium concentrations at two inshore sites (16.91 μM at West Rocks Outfall, 3.38 μM at Jamestown Steps; see Table 5) were considerably higher than these background levels, suggesting land-based sources of ammonium input to inshore waters here. Furthermore, elevated counts of fecal indicators at West Rocks Outfall indicate that the likely source is from the discharge of untreated sewage. Reasons for the high silicate concentrations at these two sites (5.44 and 9.94 μM, respectively, Table 5) and at three other sites (Ladder Hill, Jamestown Outfall, and Rupert’s Slipway) are unclear but are likely to also indicate input from land-based sources (e.g., rainfall or other runoff) or other activities (e.g., dredging).



Chemical Contaminants

Although contaminants listed as Priority Substances and substances of very high concern were absent from the results, low levels of contaminants of concern were detected, e.g., bromoform, 2,4,6-tribromophenol, dibromomethane, and N,N-Diethyl-meta-toluamide (DEET). DEET is widely used an insect repellent and enters the marine environment in several ways including: washing off people swimming in the sea and wastewater discharges from showering and laundry (Weeks et al., 2012). DEET biodegrades in seawater and is considered to have a low bioaccumulation potential. DEET is considered acutely toxic to a range of aquatic species at concentrations ranging between 4 and 388 mg/L (Weeks et al., 2012), which is orders of magnitude higher than indicative concentrations of the substances found in this study. Dibromomethane and bromoform are solvents used in a range of purposes from agrochemical intermediates to refrigerant precursors to degreasing solvents. Other possible sources include disinfection of drinking water and release of wastewater into the marine environment. Chlorine or bromine-based products used during the disinfection process react with seawater to produce bromoform and dibromomethane as chlorination by-products. However, bromoform and dibromomethane may also occur naturally, for example, by phytoplankton bromoform synthesis (Stemmler et al., 2015). This is likely to occur only at low levels at St Helena, as abundances and biomass of algae are low. The predicted no-effect concentration for bromoform in seawater is 5 μg l–1, which is considerably higher than levels detected at St Helena. Based on the limited sampling carried out, and with the caveat that the concentrations provided using a screen are indicative, adverse effects in the marine environment are considered unlikely.

Contaminants likely to originate from cosmetics or sunscreens were found at most sampling locations during the sampling i.e., benzophenone and benzophenone-3. Caffeine is a marker of anthropogenic inputs into the aquatic environment when detected at the μL level (Peeler et al., 2006). It is mostly metabolized when consumed by humans, but small amounts are excreted. The presence of “life-style” contaminants such as caffeine along with personal care products, insect repellent and sunscreens, are likely to be due to visitors and island residents. The UV filter homosalate, identified at 7 stations, is unlikely to have adverse effects in the environment.

Screening results are semi-quantitative and useful for flagging the presence of chemicals at relatively high concentrations (in μg l–1) but not for assessing if chemicals present are at levels likely to have effects (e.g., as described in EU, 2016). They also do not include many chemical or metal contaminants of concern in marine environments listed as Priority Substances (EU, 2008b, 2013) or substances of very high concern (SVHC) in the REACH SVHC list (EC, 2006). Furthermore, any chemicals of concern which associate strongly with suspended solids and sediment generally sink rapidly out of the water column and are not detected in water samples.



Fecal Indicators

While only low levels of bacterial indicators were detected in this study, it does not eliminate the possibility of non-bacterial pathogen risk from wastewater. Bacteria have been the primary choice of indicator for many years and most legislation has been developed to control bacterial pathogen risk. E. coli is currently the preferred indicator for the detection of fecal contamination in water and other matrices, because it originates only in fecal coliforms (compared with other coliforms) and because testing methods for E. coli have improved (Odonkor and Ampofo, 2013). However, there is growing evidence that E. coli can become naturalized in the environment outside of the gut (Ishii and Sadowsky, 2008). This means that in areas where populations of naturalized E. coli are prevalent, the use of E. coli testing may lead to overestimates in the level of fecal contamination in an area. There is increasing recognition that fecal indicator bacteria are not well suited to indicate risk from enteric viruses such as norovirus, sapovirus, poliovirus and rotavirus (McMinn et al., 2017). Fecal indicator viruses such as coliphages are better able to indicate risk from viral pathogens, and a comprehensive fecal monitoring programme would benefit from the inclusion of these indicators.

In this study, each site was sampled once and only one site (West Rocks) showed E. coli levels exceeding the assessment threshold for good status (≤250, Table 1), potentially raising concerns over water quality here. However, assessment of risks to water quality from bacterial pathogens require more frequent monitoring. For example, to meet the requirements of the European Union’s Bathing Waters Directive (EU, 2006; see EA, 2000), sampling is recommended to take place monthly during the season when recreational activities are likely to occur. As a minimum, an assessment would require a dataset with at least four samples from each year over a four-year period per sampling site or location or eight samples in an annual cycle.



CONCLUSION

As one of the first extensive data sets collected around St Helena, the results of this study provide valuable information for future model validation and assessments of water quality and environmental health. More detailed modeling and/or field-based studies are required to investigate seasonal trends and nutrient availability to inshore primary producers, as well as potential impacts of climate change on background levels. Screening of water samples identified presence of contaminants in various (indicative) concentrations, but further testing would be required to establish accurate levels of any contaminants of interest or risk to the marine environment. Determining current baseline conditions will be crucial for monitoring future changes, including any potential impacts of climate change. This study has taken the first step towards a water quality baseline and improved understanding of the local oceanographic conditions and inshore ecological/chemical status. It presents evidence to support an assessment of risk to the marine environment of the current (and past) activities on the MPA ecosystem and provides managers and policy makers with an opportunity to further integrate management of the MPA with water quality protection.
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Ocean health is fundamental to human prosperity. However, fisheries exploitation, industrialization and climate change imperil our oceans. Marine protected areas (MPAs) have been established in coastal habitats since the 1970s and the ongoing monitoring of these MPAs has shown their general ecological and economic value. Demonstrable benefits can include biodiversity conservation, fisheries enhancement and climate resilience. Since the 2000s, large scale MPAs (LSMPAs) are increasingly established, with new parks including extensive areas of pelagic habitat. Seminal was the British Indian Ocean Territory (BIOT) MPA created in 2010. In 2016, the United Kingdom Government established the Blue Belt Programme to provide long-term protection of the marine environment across the United Kingdom Overseas Territories and LSMPAs have now been established or designated in a number of these territories. However, empirical data for the Blue Belt LSMPAs are needed to test their effectiveness in conserving pelagic species and to allow managers to monitor and assess the LSMPAs based on the best available evidence. This Perspective presents current advances in video-based monitoring of pelagic wildlife and provides examples of key ecological insights gained from their use that are relevant to LSMPA planning and management. We present a case study from the BIOT MPA and finally generalize with respect to key learning’s that will support planning and monitoring of LSMPAs within the Blue Belt Programme.
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“And to the question asked by Ecclesiastes six thousand years ago, ‘That which is far off and exceeding deep, who can find it out?”

Jules Verne, 20,000 Leagues Under the Sea


INTRODUCTION

Marine protected areas (MPAs) are largely considered a modern practice. However, the closure of areas to exploitation to protect the core “asset” and allow recovery has been implemented by Pacific Island cultures for centuries (Johannes, 1978). The oldest “Western” MPA, established in 1879, is the Royal National Park in Sydney, Australia and was credited with assisting the recovery of overexploited oysters. The 1970s saw growth in coastal MPAs, spearheaded by New Zealand (Ballantine, 2014) and assisted by extensive research that tested MPA benefits. Semi-sequentially, research and monitoring combined to demonstrate that highly protected MPAs can: (1) increase biodiversity (Lester et al., 2009); (2) benefit fisheries through spillover of adults (Goñi et al., 2008; Halpern et al., 2009; Lorenzo et al., 2020) and larval production (Harrison et al., 2012; Manel et al., 2019); (3) build resilience to climate change (Bates et al., 2013; Olds et al., 2014; Mellin et al., 2016): and most recently (4) mitigate climate change through sequestration of blue carbon (Atwood et al., 2015; Howard et al., 2017). The shallow and accessible nature of many coastal MPAs has facilitated data collection.

Large scale MPAs (LSMPAs) are increasingly established to protect the “big blue,” those offshore pelagic habitats that comprise over 95% of our planet by volume. Like their coastal cousins, LSMPAs are created to protect biodiversity. The multiple-use Northwestern Hawaiian Islands Coral Reef Ecosystem Reserve was established in 2000 and, since 2006, is part of the Papahānaumokuākea Marine National Monument, within which fishing is largely prohibited. In 2010, the British Indian Ocean Territory (BIOT) MPA was established as the world’s largest (at the time) contiguous highly protected LSMPA (Koldewey et al., 2010). Since then, the United Kingdom Government has also established its Blue Belt Programme, the goal of which is to provide long-term protection of the marine environment across the United Kingdom Overseas Territories (Anon, 2020). LSMPAs have since been established in the EEZs of a number of the United Kingdom Overseas Territories, with varying levels of implementation and degrees of protection1.

There have been numerous criticisms of LSMPAs. In their analysis, O’Leary et al. (2018) classify ten LSMPA criticisms across three core themes: (1) placement, governance and management; (2) political expediency; and (3) socio-ecological value and cost. A number of these criticisms are those that better evidence would help resolve, addressing the so-called burden of proof (Willis et al., 2003). For instance, criticisms that LSMPAs do not achieve conservation goals nor address transboundary challenges such as climate change and pollution can be empirically addressed, However, the combination of a limited number of no-take pelagic LSMPAs in which to test hypotheses around conservation outcomes and the challenges of working in remote, inaccessible and vast habitats on notoriously difficult-to-sample pelagic species (Letessier et al., 2017) has constrained our ability to provide evidence to date (O’Leary et al., 2019). This Perspective reviews current advances in video-based monitoring of pelagic wildlife using mid-water stereo-baited remote underwater video systems (mid-water BRUVS). We synthesize key ecological insights derived from mid-water BRUVS surveys and present a case study of their use in the BIOT MPA as an example from the Blue Belt Programme. Finally, we identify key lessons in the use of mid-water BRUVS for LSMPA planning and monitoring in the Blue Belt Programme.



CURRENT ADVANCES IN VIDEO-BASED MONITORING OF PELAGIC WILDLIFE

Video-based monitoring of pelagic wildlife is dependent on our capacity to capture large amounts of footage in the field. However, pelagic wildlife are notoriously patchy, inhabiting a vast seascape.

Global declines in pelagic species (Pauly and Zeller, 2016) mean that animals are increasingly sparse in their distribution and hyperstability may mask declines (Erisman et al., 2011; Brierley and Cox, 2015). A number of large pelagic species such as sharks, turtles and sunfish roam individually or in small groups over home ranges that can vary greatly in size. Combined, these attributes make sampling pelagic species challenging and specifically requires a sizeable sampling effort on large spatial scales for pelagic communities to be adequately characterized (Letessier et al., 2013; Santana-Garcon et al., 2014).

Equipment cost is a major factor in the consideration of sampling effort. Video-based techniques are amongst the most cost-effective method for sampling pelagic animals, from sardines to tunas, sharks and marine mammals at scale (Letessier et al., 2013, 2017). Two developments have contributed to making video-based techniques scalable and cost-effective. The first development relates to materials. Early seabed BRUVS were composed of a large and rigid galvanized steel or aluminium frames (Cappo et al., 2003; Whitmarsh et al., 2017). While weight is needed to create stability on the seafloor during sampling, the rigidity of the frames and the lack of external weights makes these BRUVS expensive to transport to field sites. Such large rigs also can have a significant spatial footprint on vessels. This limitation means that either daily sampling effort is constrained on a small vessel or a larger, more costly vessel is required to accommodate additional rigs to allow for high sampling rates. Developments in material science have made carbon fiber manufacture more accessible, including for novel applications. Building on these technological developments, we have developed lightweight carbon fiber rigs that use external weights. These rigs pack down to dimensions of 13 × 13 × 102 cm, weighing 4 kg per unit. This makes their shipping to and storage in field locations highly cost-effective with the needed weights sourced locally. Their compact configuration also allows tight stacking on vessel decks to increase daily sampling effort during fieldwork.

Camera miniaturization is the other technological advance that underpins our capacity to sample pelagic wildlife cost-effectively at scale. Small action cameras provide all the visual quality of larger camcorders (Letessier et al., 2015b) at a fraction of the purchase cost and weight. Their low cost negates any need to build mono-BRUVS, such that by focusing on stereo systems, we generate estimates of size and biomass. A range of new housings means small action cameras can be used in epipelagic habitats (Letessier et al., 2015b) and deeper reefs (Birt et al., 2019). Improved technology provides depth-corrected color that may assist in species identification. Sensors that log data on depth and temperature are also being integrated that negate the need for additional external conventional CTD sensors. Battery life remains a challenge with more recent versions of some cameras reducing longevity to support advanced features. This is problematic as the standardized period for soaking mid-water BRUVS is two hours (Bouchet et al., 2018), given the sparseness of pelagic wildlife. However, external batteries can provide some flexibility in this area.

Image analysis is a substantial cost in the collection of video-based samples of pelagic wildlife. Currently, analysts process video manually, recording species and abundances and, where stereo systems are utilized, measuring lengths. Customized software can be used for video processing but pricing renders it unavailable to some. Researchers are now turning to machine learning and artificial intelligence to develop code to accelerate image analysis. The challenge is three-fold with uneven progress. First, detection of animals against backgrounds is relatively well-advanced (Mian et al., 2017; Sheehan et al., 2020) and progress is being made with respect to identifying taxa (Villon et al., 2018). Second, code for estimating abundance remains rare, and much code in this area is taxon-specific (Ditria et al., 2020). Third, to date length estimation has yet to be applied in a stereo-video context (Álvarez-Ellacuría et al., 2020). Progress in the automation of image analysis is slow (Lopez-Marcano et al., 2020). However, as with the automation of industries such as warehouses (Schmuck and Benke, 2020), this problem will inevitably be solved (Beyan and Browman, 2020), removing a final constraint on the widespread sampling of oceans with video-based techniques.



EXAMPLES OF IMPORTANT ECOLOGICAL INSIGHTS

Mid-water BRUVS have been used to contribute to our ecological understanding of pelagic ecology relevant to MPA planning and monitoring. The method has been used to identify areas important to ocean wildlife, both on biogeographical scales (>5,000 km) such as the last refuges of predators (Letessier et al., 2019), areas that should be considered as priority areas for protection. On smaller scales (10-50 km), mid-water BRUVS have helped quantify the pelagic fish assemblage structure of seamounts and other seabed features (Bouchet et al., 2020). Further assistance on MPA planning comes from an improved understanding of how cryptic and rare species use the vastness of this space: mid-water BRUVS have provided insight into the distribution and behavior of cryptic species such as turtles (Letessier et al., 2015a) and beaked whales (Thompson et al., 2019). They have also been used to identify nursery areas for pelagic sharks (Forrest, 2019) analogous to the use of seabed BRUVS in identifying coastal shark nurseries (Oh et al., 2017). From a monitoring perspective, mid-water BRUVS have enabled the characterization of wildlife distributions within MPAs (Bouchet and Meeuwig, 2015; Bouchet et al., 2020), creating a basis for expectations in terms of benchmarking wildlife. Further work has shown the consistency of that distribution through time, emphasizing the value of static MPAs for pelagic wildlife (Forrest et al., 2021).

A critical role in the accumulation of evidence is the need to benchmark the status of ocean wildlife such that the subsequent effects of management can be distilled. We use the term benchmark rather than baseline as we know that, even in the most remote areas, baselines of wildlife diversity, abundance and size have shifted (Pauly, 1995). Fundamentally, we need to know what the status is now and evaluate change from there. We have been able to benchmark pelagic wildlife on 66 surveys at 34 locations since 2012 (Figure 1) due to the cost-effective and versatile nature of mid-water BRUVS.
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FIGURE 1. Location of mid-water BRUVS surveys undertaken since 2012 (www.meeuwig.org/resources) and cumulative increase in the number of surveys per year.




APPLICATION TO BLUE BELT LSMPAS AND KEY LEARNINGS FROM THE BIOT MPA

Much can be learned from LSMPAs (Hays et al., 2020). We here present a case study from the BIOT MPA that provides examples of the types of data generated by mid-water BRUVS, and represents an archetype sampling plan to inform management. Within the specific context of the BIOT MPA, we need to know the status and trajectory of pelagic wildlife following protection given no pre-establishment surveys were completed. We defined status as taxonomic richness, relative abundance, biomass and size, comparable to the metrics used to evaluate change in coastal MPA fish assemblages (McCook et al., 2010). We also looked at taxonomic groups of particular conservation interest, in this case, sharks given the ongoing illegal fishing in the MPA (Tickler et al., 2019). The BIOT MPA covers ∼640,000 km2 and pelagic habitats include a variety of features: atolls, submerged banks, seamounts, and an oceanic trench. Our strategy was to prioritize sampling of pelagic habitats that could be consistently monitored over time, and add new habitats to expand our understanding of the MPA pelagic wildlife as resources permitted.

We conducted three surveys in the BIOT MPA, in November 2012, January 2015 and February 2016, all within the summer monsoon, following the MPA’s establishment in 2010. We used a standardized method with the BRUVS by controlling deployment time (2 h) and bait (1 kg of pilchards Sardinops sp.), following Bouchet et al. (2018). The 384 samples were distributed across the three surveys at the Peros Banhos and Salomon atolls that are vulnerable to illegal fishing, and the Sandes-Swart Seamount that is less vulnerable to illegal fishing given its location near the US Military Base on Diego Garcia. Across these surveys, we identified, counted and measured 12,795 individuals from 27 families representing 48 species and an additional 23 taxa identified to genus/family (data are available from the BRUVS portal at www.fishbase.se/BRUVS/search.php). Forage species such as the amberstrip Decapterus muroadsi and mackerel scads Decapterus macarellus accounted for 67% of individuals observed. The smallest individual was a 0.8 cm freckled driftfish Psenes cyanophrys and the largest was a 3.54 m false killer whale Pseudorca crassidens. There were 273 (2.1%) records of sharks from seven species and four families, 56% of which were silvertip sharks Carcharhinus albimarginatus. This diversity represents about 25% of the sharks observed on mid- water BRUVS from all global surveys. The sampling over the three surveys required a total of 35 active field days over a period of 43 days. Based on this sampling rate, approximately eight days are required to acquire 100 samples, including weather days.

The composition of pelagic assemblages varied among Peros Banhos Atoll, Salomon Atoll and the Sandes-Swartz Seamount but generally not between years. Two-way ANOVAs indicated that the Sandes-Swartz seamount had the highest biomass and largest fish but the lowest richness and abundance (all with p < 0.001), compared to the two northern atolls that were largely comparable. However, there was no variability among years, with the exception of an elevated abundance in 2015 (p < 0.001). Post hoc power analyses indicated that the sample size was sufficiently large to detect a difference between surveys given the observed standard deviations (Cohen, 1988), with a minimum change of 65% detectable, a threshold lower than that typically observed in coastal MPAs for abundance (166%) and biomass (466%) (Lester et al., 2009). The spatial pattern was encouraging as among location differences are clearly detectable using mid-water BRUVS. The lack of temporal change is heartening as it suggests that, despite ongoing illegal fishing, there is not, as yet, an impact on the pelagic assemblages. There was, however, no increase in these metrics following protection and this lack of positive change may reflect one or both of two drivers. First, the BIOT MPA has experienced some level of protection for decades prior to its establishment as an LSMPA. Exploitation for pelagic species occurred but was at relatively low levels compared to other Indian Ocean locations as to be considered insignificant (Dunn and Curnick, 2019), in part due to BIOT’s remoteness (Letessier et al., 2019). Consequently, a recovery from an already relatively elevated state is less obvious than a recovery from a highly depleted state. Second, many of these species have conservative life histories (Collette et al., 2011; Dulvy et al., 2014), rendering them particularly slow to recover from exploitation. Six years since MPA establishment and the formal closure of the pelagic fisheries may have been insufficient to support a recovery sufficiently large as to be detectable, particularly with ongoing illegal fishing eroding such a recovery (Tickler et al., 2019).

Our standardized sampling over 37 locations allows us to compare the BIOT pelagic assemblages to those of other, largely tropical regions (Figure 2)2. An example comparison of total biomass indicates that the three BIOT surveys are very similar in biomass and comparable to, for instance, those of the Maldives and Ashmore Reef in North West Australia. However, the estimated biomass is also much lower than that of other tropical Indian Ocean islands such as the Cocos (Keeling) Islands and Rowley Shoals, both also located in North West Australia. Such benchmarking, similar to that done over large spatial scales for reef sharks (MacNeil et al., 2020) and reef fishes (McClanahan et al., 2020) is typically lacking for pelagic species, but essential to their conservation.
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FIGURE 2. Mean log biomass per location in kg per string. Dark blue bars are the BIOT MPA and the hatched dark blue bars are other sampled Overseas Territories. Numbers refer to locations (mean latitude) as follows: 1 - Clipperton Island [FRA; 10.29°N]; 2 - Galapagos Islands [ECU; 0.73°S]; 3 - Rapa Iti [FRA; 27.68°S]; 4 - Revillagigedo Islands [MEX; 19.04°N]; 5 - Great Barrier Reef [AUS; 11.25°S]; 6 - Rowley Shoals [AUS; 17.09°S]; 7 - Malpelo Island [COL; 4°N]; 8 - Shark Bay [AUS; 26.16°S]; 9 - Cocos (Keeling) Islands [AUS; 12.13°S]; 10 - Montebello Islands [AUS; 20.08°S]; 11 - Long Reef [AUS; 13.85°S]; 12 -Eastern Recherche Archipelago [AUS; 33.82°S]; 13 - Pilbara [AUS; 20.13°S]; 14 - Bremer Canyon [AUS; 34.71°S]; 15 - New Caledonia [FRA; 20.22°S]; 16 -Ningaloo Reef [AUS; 21.83°S]; 17-Western Recherche Archipelago [AUS; 34.29°S]; 18-Central Recherche Archipelago [AUS; 34.23°S]; 19- Palau [PAL; 7.4°N]; 20 - BIOT 2012 [UK; 5.75°S]; 21 - Tristan da Cunha [UK; 37.9°S]; 22 - BIOT 2015 [UK; 6.35°S]; 23 - Ashmore Reef [AUS; 12.21°S]; 24 - BIOT 2016 [UK; 6.11°S]; 25-Maldives [MAL; 3.72°N]; 26-Osa Peninsula [COS; 8.59°N]; 27-Azores [POR; 39.08°N]; 28-Tonga [TON; 23.51°S]; 29-Ascension Island [UK; 8.39°S]; 30 - Gracetown [AUS; 34.02°S]; 31 - Perth Canyon [AUS; 31.96°S]; 32 - Geographe Bay [AUS; 33.48°S]; 33 - French Polynesia [FRA; 20.89°S]; 34 -Niue [NIU; 19.53°S]; 35-Selvagens Islands [POR; 30.11°N]; 36 - Argo Terrace [AUS; 15.37°S].




DISCUSSION

A number of lessons have emerged from the development and application of mid-water BRUVS to LSMPAs as identified above. It is important to also recognize the weaknesses of the method. Mid-water BRUVS provide relative estimates of diversity, abundance and biomass rather than density-based estimates. Taxonomic resolution can be difficult for some species and the methodology, as currently configured, samples epipelagic species rather than the entire pelagic spectrum. However, despite the relatively low numbers and highly patchy nature of pelagic species, mid-water BRUVS generate estimates of diversity, relative abundance, biomass and size. Repeated surveys show low variability in these values over relatively short periods (<5 years) in relatively pristine areas and we can also distinguish the effect of remoteness of pelagic assemblages (Letessier et al., 2019). Both temporal and spatial resolution of pelagic assemblages will assist in planning new LSMPAs and evaluating existing ones. The method is cost-effective with surveys requiring as little as a single week of vessel time, using equipment that is inexpensive relative to that required for most ocean research. Advances in technology, including machine learning, will make this method more cost-effective. With 66 surveys at 37 locations now completed since 2012, including seven within the Blue Belt Programme locations, and 136,546 individuals of 215 species and 66 families recorded, we can be confident that we can consistently and reliably document the status of ocean wildlife. In this way, we will pull back the blue curtain and understand the effectiveness of LSMPAs.
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Natural disasters have altered the landscape of Montserrat’s marine environment significantly over the past 30 years, forcing rapid adaptation of marine species and the human population that relies upon them. Volcanic activity has led to an abundance of volcanic sediment, which has seen rise to the expansion of the island’s sand mining and aggregate industry. Similarly, a series of volcanic eruptions has resulted in smothered fishing grounds and maritime exclusion zones, increasing the pressure on the remaining accessible marine environment. Recent increases in shipping activity, due to the expanding aggregate sector, partnered with a lack of official marine spatial planning, has led to the west coast of the island becoming a stakeholder conflict hotspot. Regular interactions between fishing gear and shipping vessels were resulting in damaged and lost fish pots and causing physical damage and increased ghost-fishing on the coral reefs, with additional impacts on fisher livelihoods. This paper builds upon earlier work in Montserrat to engage fishers in fisheries data collection programmes. Here we use data from Montserrat’s fishing fleet to understand the distribution and intensity of fish pot activity within the conflict area. Maximum activity was distributed along the edge of the reef front, near the drop-off, with the greatest intensity toward the south. These data, and outcomes from stakeholder consultation, have allowed the relevant authorities and decision-makers to identify a suitable shipping route that avoids pot-based fishing grounds, while remaining as close inshore as feasible, to avoid unnecessary fuel costs for shipping vessels. As a result, the Montserrat Port Authority has implemented a restricted area around the identified fishing grounds, in which commercial vessels are not allowed to transit. This intervention represents a “win-win” solution, reducing the risk of commercial vessel-fishing gear conflict in the southwestern pot-based fishing grounds, without substantially increasing the burden of excess travel on commercial vessels. Here we show how engagement with the fishing community and voluntary participation in data collection has supported a conflict resolution deemed suitable to both parties; allowing the needs of the smaller traditional fishing sector to influence management of the rapidly expanding, high value aggregate sector.

Keywords: spatial planning, conflict resolution, fisheries, shipping, stakeholder engagement, evidence-base, conservation, Montserrat


INTRODUCTION

The “Emerald Isle of the Caribbean,” Montserrat, is a biodiverse, volcanic and mountainous small-island nation that is highly dependent on the marine environment for food, commercial fisheries, tourism, disaster resilience and commercial exports, such as aggregates. The marine landscape of Montserrat has been significantly impacted by natural disasters including volcanic activity and hurricanes. Anecdotally, increases in wave energy from Hurricane Hugo (1998) removed all native seagrass beds around the island (Estep et al., 2018). The eruption of Soufriere Hills volcano from 1995 to 2010 had severe impacts on both the terrestrial and marine ecosystems of the island. Volcanic activity destroyed the capital city, Plymouth, and placed two-thirds of the island off limits (Myers, 2013). These eruptions have led to high outward migration, particularly of the economically active population and saw substantial contraction (∼65%) in the tourism sector due to safety concerns (Oxford Policy Management (OPM), 2011). Ecologically, previously productive coral reef systems were smothered by highly acidic volcanic material, particularly on the southern coast (Smith et al., 1997) and are still continually impacted by sedimentation and runoff (Estep et al., 2018). Competition and conflict for space and resources is commonplace in the waters of the Caribbean region (CEMARE, 2002; Pomeroy et al., 2007). In Montserrat, this has been compounded by the impacts of natural disasters such as habitat degradation and smothering and the introduction of maritime exclusion zones around the southern two-thirds of the island (Montserrat Volcano Authority (MVO), 2018).

Exploiting the abundance of volcanic sediments that enveloped and destroyed Plymouth and the surrounding area, sand for use as a building aggregate has become the island’s primary export (Montserrat Planning and Development Authority, 2020). The sand and aggregate industry in Montserrat has developed significantly, from generating 629,000 Eastern Caribbean Dollars (XCD; USD 232,745) in revenue for the Montserrat Port Authority and Customs and Revenue Service in 2014 to XCD 1,597,480 (USD 591,100) in 2019 (Montserrat Planning and Development Authority, 2020), contributing an estimated XCD 407,000 (USD 150,598) in salaries annually (Montserrat Planning and Development Authority, 2020).

Montserrat has one of the smallest fishing sectors in the Caribbean (Fraga, 2017), as of 2021, it’s fishing fleet comprises 24 registered, artisanal vessels, 3–10 m in length (Ponteen, 2014). Most vessels operate from the island’s only port, Little Bay, in the far north-east of the island, and operate day trips to target coral reef, coastal pelagic, pelagic and demersal species, with fishing effort focused predominantly within 5 km of shore (Ponteen, 2014). A 2018 natural capital accounts study estimated the total annual value of fisheries to be approximately XCD 1.8 million (USD 666,000; Eftec, 2019). With large maritime areas to the south-west and south-east of the island designated as maritime exclusion zones, due to the risk of volcanic activity (Montserrat Volcano Authority (MVO), 2018), and the smothering of previously productive reef systems, fishing activity has been condensed within the remaining accessible areas, which can at times be compounded by unfavourable weather conditions on the east coast (fisher, pers. comm.).

The increase in shipping activity associated with aggregate exports has led to an increase in complaints of interactions between commercial shipping vessels and fishing gear, particularly the buoy ropes of fish pots, in the fishing grounds along the south west coast of the island (Ponteen, pers. comm.). These interactions can result in pot lines being snagged and dragged by transiting vessels which may cause damage to the coral reefs (Shester and Micheli, 2011), and pots can also be lost as lines get cut. Lost fishing gear can continue trapping or entangling marine life, commonly known as “ghost fishing” (NOAA Marine Debris Program, 2015), and cause damage to seabed habitats as they are shifted during storms.

Research into ghost fishing, as a result of lost fish pots in Oman, has predicted a mortality rate of 78.4 kg per trap, over a 6-month period (Al-Masroori et al., 2004). Similarly, a study using Antillian Z-type pots in the Commonwealth of Dominica recorded an average of 189 entrapped fin fish per pot, over a 7-month period (Norris et al., 2011). Lost or discarded fish pots can also cause significant physical damage to marine ecosystems and benthic habitats (NOAA Marine Debris Program, 2015); derelict fishing gear has been identified as a key driver of coral fragmentation on some tropical coral reefs (Pico et al., 2020). Furthermore, fishing gear is a significant component of marine litter (Macfadyen et al., 2009), and whilst the wood and wire used in Montserrat’s pot construction may not persist long in the marine environment, the synthetic ropes and plastic floats present a long-term risk to marine life (Galgani et al., 2019) and break down into microplastics (GESAMP, 2015). In addition to a range of environmental impacts, this loss of gear has substantial economic impacts on the livelihoods of Montserrat’s fishers, with the cost per unit of fish pots in Montserrat averaging XCD 286 (USD 106; Fraga, 2017). Losing gear not only represents a direct economic cost through the value of the fishing gear materials, but also costs the fisher through lost fishing time and revenue while replacement traps are built.

Spatial competition and user conflicts can present the risk of “ocean grabbing”; when traditional users, such as small-scale fishers are pushed aside by new, potentially more economically productive development activities (Queffelec et al., 2021). Marine spatial planning is a popular tool to manage these stakeholder conflicts in multiple-use areas (Ehler and Douvere, 2009). However, a lack of accurate spatial data on fishing activity, particularly in small-scale fisheries is common a problem for marine managers when engaging in spatial planning and introducing management interventions (Gill et al., 2019). This has been demonstrated through the use of proxy fishing effort data in previous spatial planning efforts in Montserrat (Flower et al., 2020). Here we demonstrate how a transparent, evidence-based approach can support managers to identify an amicable solution to reduce user conflict and how data collected through fisher participation can be used to their benefit to assess the spatial distribution of fishing activity and understand the nature of spatial conflict. Stakeholder consultation and analysis of fisheries landings and vessel tracking systems (VTS) data were used to develop the evidence to support management intervention in response to the conflict within this study, while recognising the interests of traditional marine users in conflict resolution.



MATERIALS AND METHODS


Background

The Fisheries Department of Montserrat’s Ministry of Agriculture, Lands, Housing and Environment (MALHE) is responsible for fisheries management in Montserrat’s waters. Under the Fisheries Act of 2013, The Governor, on the advice of Cabinet, may make regulations for management and development of fisheries, but no regulations have been adopted to date (Environmental Law Institute, 2015). Since 2016, a Memorandum of Understanding has been in place between JNCC (Joint Nature Conservation Committee) and the Government of Montserrat to provide technical assistance to formulate a data infrastructure appropriate to the island’s needs; to support it’s marine and terrestrial spatial planning in the context of environmental management and socio-economic development; to improve the legal framework for sustainable management and use of the ocean resources, and to formulate a strategy to implement marine spatial planning. Under this memorandum, JNCC has collaborated with the Government of Montserrat and local stakeholders to enable the collection of a robust fisheries evidence base to support decision making and improved management. Comprehensive engagement efforts with the fishing community (Edwards et al., 2017; Brewin et al., 2018), led to the installation of a VTS on the entire fishing fleet to collect spatial data on the distribution and intensity of fishing vessel activity from 2017 to present. Upon agreeing to install devices on their vessels, fishers and the MALHE fisheries unit agreed data ownership and sharing principles. These principles outline that fishers own the data for their vessel and permission must be sought to share data with any organisations beyond the fisheries unit. In addition, data collected on the exact locations of individual’s fishing grounds are commercially sensitive and should be treated as such. The VTS database is password protected and is currently only accessible to members of the MALHE fisheries unit, unless permission is granted by fishers. Individual fishers may also access their own data through the Pelagic Data Systems web portal. Digital data collection and management systems were also developed for the collection of landings data to streamline data collection, management, analysis and reporting.

Fish traps, or “pots” are one of the main gear types used locally to target a range of reef species. 14 vessels were recorded by the Government of Montserrat as fishing with pots in 2019, and a survey in 2015 estimated a total of around 157 pots being deployed at the time of survey (Sustainable Fisheries Group, 2016). Although not independently valued, fish pots are the most commonly used fishing gear in Montserrat and fish pots and nets account for over 90% of landings (Sustainable Fisheries Group, 2016). The pots are deployed singly on the seabed in areas surrounding coral reef, in waters up to 100 m deep and tend to be repeatedly re-deployed in the same area as they are large and difficult to handle in small fishing vessels, and time consuming to move.

Since recommencement in 2011, Montserrat’s sand and aggregate industry has expanded substantially, with a seven-fold increase in sand export between 2012 and 2019 (Montserrat Planning and Development Authority, 2020), and the number of barges exporting this material increasing from 35 in 2012 to 134 in 2018 (Montserrat Planning and Development Authority, 2020). Sand extraction takes place in the south of the island and is transported by barges, towed by tug to neighbouring Caribbean islands. Prior to management intervention, tugs and barges made a variety of approaches and departures from Plymouth jetty, typically involving taking a route that was as direct as possible, sometimes passing through one of the main fishing areas off the west coast. The growth of the aggregate business in recent years has led to a significant increase in the amount of shipping going to and from Plymouth jetty.



Stakeholder Engagement

In November 2019, consultations were held with a range of marine users, including fishers, dive operators and local environmental non-governmental organisations, as part of the development of the Government of Montserrat’s Coral Reef Action Plan. The objective of these consultations was to identify activities and threats to Montserrat’s coral reefs from marine users and options for mitigation, with a view to implement some management actions and reflect future actions in the Coral Reef Action Plan.

Consultations were open to the public, as Montserrat is a small coastal island and most of the community is connected to, and impacted by, the marine environment and management action. Although open to the public, the Government of Montserrat ensured that key stakeholders were specifically asked to attend the consultations and used local contacts to disseminate the invitation. Key stakeholders were identified using a snowball sampling method (Goodman, 1961), starting with individuals identified by the Government of Montserrat and an environmental non-governmental organisation. Local knowledge of the maritime community was used to invite relevant stakeholders, ensuring representation from government, civil society, and industry. Invitees included a dive and tourism operator, government representatives from the Department of Environment and the Environmental Mapping department, representatives from the Montserrat Professional Fishers and Boaters’ Association and Yachters Association and the responsible body for regulating maritime affairs, the Montserrat Port Authority. The Montserrat fish market was chosen as the location for consultations following advice from local representatives that an informal setting is the most effective way to engage a wide range of participants and encourage interactive participation. These informal consultations took place over two sessions, however, further information on activities and pressures was collected in a similar manner, through the participatory approach, in an additional coral reef monitoring strategy workshop. This workshop engaged with different stakeholders including the Montserrat National Trust, Montserrat Volcano Observatory, Disaster Management Agency, and Department of Environmental Health. Although the primary aim of this workshop was separate, some information gathered from stakeholders was used to supplement the information on marine activities and pressures.

Consultations were held in an informal, open discussion manner and questions based upon common marine activities and pressures were posed to participants to stimulate discussion (Supplementary Table 1). Stakeholders were then divided into smaller breakout groups, each with a facilitator for a participatory scale-mapping exercise (International Institute of Rural Reconstruction (IIRR), 1998; Walters et al., 1998; International Fund for Agricultural Development (IFAD), 2009). Prior to consultation, base maps were produced using ArcGIS (ESRI, 2011) and data from the Montserrat Planning Division, The Montserrat Volcano Observatory and The Waitt Institute: Blue Halo. Streamlines, villages, and shallow-water coral reefs were included in the maps to orientate participants and improve the accuracy of spatial data collected. Participants provided local spatial knowledge of activities and threats occurring in Montserrat’s marine environment which were drawn directly onto the maps and later digitised.

While identifying activities and pressures occurring within Montserrat’s waters, participants were asked to discuss and prioritise these for potential intervention. Considerations in the discussions included: frequency of occurrence; direct impact on marine ecosystems; economic impacts; clear evidence of the link between activity and impact, and the logistics and cost-benefits of intervention. This was facilitated in a plenary-style interactive discussion with all participants, to allow stakeholders to listen to diverse views and opinions, and build a consensus amongst the group on where to prioritise management action, in line with Caribbean Natural Resources Institute (CANARI) guidelines (CANARI, 2011). The outcomes of these discussions were relayed to decision makers within MALHE, where the final decision of which activity should be initially prioritised for management intervention was made.

Once potential activities and pressures had been identified and prioritised, a stakeholder mapping exercise was undertaken to understand the stakeholders that would need to be engaged in the resolution of the highest priority activity. This was conducted following the CANARI guidelines for stakeholder identification and included identifying the natural resources within the site to be managed; identifying the goods and services provided and analysing rights, responsibilities, and interests of stakeholders (CANARI, 2011).

Following conflict identification and stakeholder mapping, additional consultation began with the key stakeholders to discern and facilitate a solution. Informal consultations were opened with fishers to improve understanding of the spatial conflict between fisheries and commercial shipping and to begin to consider potential solutions. A public meeting at the island’s fish market was attended by fishers and representatives from the Montserrat Professional Fishers and Boaters’ Association Consultations were held in the evening to ensure that fishers could attend without missing fishing trips and the fish market was chosen as an informal, familiar setting so that all participants felt able to engage with the process fully. A total of 10 fishers attended the consultations, out of 24 registered active fishing vessels on the island. Attendees covered a range of fishing methods including pot fishing, line fishing, trolling and seine net fishing. Base maps were again used to provide spatial reference to understand the scale and exact location of the conflict. Fishers were asked to draw on the maps to highlight where they normally fish with pots and where they have had their gear lost or damaged by vessels. Consideration was given to a range of potential mitigation options, including improved marking of the pots or the area where pots are placed, moving fishing grounds, and diverting commercial vessels around the fishing grounds via inshore and offshore routes. Fishers were also asked to draw a preferred route for the vessels that, in their opinion, would reduce vessel-gear interactions and resolve the conflict. In addition to discussing the impacts of commercial shipping activity, consideration was given to other sectors that may be contributing to the interactions, including dive operators and leisure and tourism traffic.

The Montserrat Port Authority led consultations with commercial shippers separately to fishers, to ensure that both parties could express their concerns freely. The Port Authority is the quasi-governmental body responsible for administering port services, controlling navigation within the port and its approaches, and serving as “Harbour Master” (Environmental Law Institute, 2015). This responsible body engaged with commercial shipping operators, most of which are based off-island, using existing channels of communication with shipping representatives. A private consultant, master mariner, was contracted by the Port Authority to provide additional technical expertise into the process.

The aim of all consultations was to ensure that stakeholder views from all parties involved in the conflict were adequately represented and equally considered by the relevant authorities when proposing a solution.



Mapping Fishing Activity

In order to evidence the spatial footprint of Montserrat’s pot fishery within the identified area of interest, the available fisheries data were collated and analysed to produce maps of pot fishing activity in the waters off the western coast of Montserrat. Landings data were used to identify the vessels active using predominantly fish pots in the study area. Tracking data for those vessels were then analysed to identify pot fishing grounds and map the spatial distribution of activity within the conflict area.


Fisheries Landings Data Analysis

The Government of Montserrat collects data on fishing activity and landings through an interview undertaken by staff at the point of landing, which is inputted into the government fisheries database (FISHCANA). Data collected during the fisheries landings interview includes the gear type used during the trip and the Government of Montserrat Fisheries zone (Figure 1) in which the activity took place. These data were used to identify the relevant vessels operating in the study area using fish pots in the VTS database. This allowed the VTS database to be filtered to only include vessels relevant to this analysis in order to only reflect fish pot activity in the outputs and improve the efficiency of data processing. The vessels identified were screened by a government of Montserrat fisheries expert to remove any vessels which had been identified as having used pots within the landings data query, but which were known to fish with another type of fishing gear whilst only using pots for a small component of their activity.
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FIGURE 1. Government of Montserrat Fishing Zones and shallow-water coral reef habitats.


Querying the fisheries landings database for vessels operating within the area using predominantly fish pots as their main gear type, identified 12 vessels out of the fleet of 24, that had been recorded as using pots in Government of Montserrat Fishing Zone F, G, H, or I between 2018 and 2020. The data for three vessels were removed from the analysis in order to reduce the misidentification of other fishing activity types in the final outputs, as these vessels were known to predominantly fish with alternative gears or to be involved with alternative marine activities.



VTS Data Analysis and Mapping

Although participation in the vessel tracking programme in Montserrat is voluntary, the VTS covers 100% of the 24 vessels registered in the commercial fishing fleet on the island. Tracking began in April 2017, the VTS data analysed in this study are from March 2018 to May 2020.

The VTS provided by Pelagic Data Systems Inc. consists of a small solar-powered device installed externally on the vessel. This device records one Global Positioning System (GPS) position around every 30 s, along with vessel course and speed, this is between 600 and 3,600 higher resolution information than traditional vessel monitoring systems. It transmits these data in an encrypted data burst to the closest tower whenever in GSM (Global System for Mobile Communications) range. Data are uploaded to the Cloud and accessible through the Pelagic Data Systems dashboard. This device cannot be turned off and has a range of features to ensure that it is tamper proof. Location information is logged on the VTS directly from GPS satellites and stored on the device until it is within range to securely transfer the data. Unlike automatic identification systems (AIS), position data cannot be falsified.

The total quantity of extracted VTS data from the remaining nine vessels identified through the fisheries landings analysis was 4.3 million points. VTS data for the vessels identified as operating in the area of interest through fisheries landings data queries, were selected and downloaded from the Pelagic Data Systems cloud server through the online dashboard. Pre-processing by Pelagic Data Systems ensured that all downloaded data were complete and valid. These data were then analysed in bespoke code in R (R Core Team, 2019) to separate fishing activity from other vessel movements. A spatial filter was applied to remove all pings within 200 m of Little Bay, associated with non-fishing activity when the vessel is around it’s mooring and landing catches on the shore. The frequencies of recorded speeds in the data remaining were plotted in a histogram (Figure 2) to identify the peaks associated with fishing operations and vessel transit movements in order to identify speed thresholds that could be used to separate activity types (Lee et al., 2010). The histogram in Figure 2 shows the frequency of pings at different speeds for the nine vessels included in the analysis. This analysis shows no clear separation between potting and non-potting activity but shows a peak between 0 and 5 knots. Published methods to estimate the spatial distribution of pot-based fishing activity suggest a speed filter of 0.1–3 knots (Mullowney and Dawe, 2009; Lee et al., 2010). Local fishers suggested that the frequent speeds recorded between 2 and 5 knots were likely to represent alternative fishing activity (e.g., trolling on route to fishing grounds). Consultation with expert fishers(Ponteen, pers. comm.) suggested that vessel speeds between 0 and 2 knots would provide higher confidence in the threshold to capture the local style of pot fishing whereby single pots are manually deployed and retrieved whilst the engine is disengaged. As a result, expert opinion was used to refine the threshold of potting activity to 0–2 knots in the analysis to ensure that as few data as possible were included that represent transiting to or from fishing grounds. A simple speed filter was then applied to the remaining data to separate fishing activity from vessel transiting using the thresholds recommended by the local fishers, assuming any pings between 0 and 2 knots to represent pot fishing activity. Speeds exceeding this threshold were assumed to represent the vessel transiting to, from or between fishing grounds or other types of fishing activity as suggested by fishers. Processing resulted in a total of 698,466 points or 1,164 h of fishing operations, from 901 fishing trips on 453 days, from March 2018 to May 2020, represented in the final plots. A shapefile of the remaining data points was created from the R code and plotted in QGIS (QGIS.org, 2020) to create maps of pot fishing activity within the study area to distribute to the port authority and shipping representatives. The results of the final output were checked with experts from MALHE and expert fishers.
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FIGURE 2. Histogram of VTS ping frequency from the 9 pot-based fishing vessels included in the analysis.




Mapping Shipping Activity

In order to understand the spatial footprint of commercial shipping activity in Montserrat’s waters, particularly in the conflict hotspot, 2018 and 2019 vessel density maps from Marine Traffic (MarineTraffic, 2020) were used. Marine Traffic uses data gathered from a network of coastal AIS receivers and satellite stations, integrated with additional data sources to visualise real-time vessel activity and routes.



RESULTS


Stakeholder Engagement

During consultation with marine users, coral reef areas were highlighted as hotspots of marine activities and potential impacts, due to significant interest from stakeholders. A range of activities and potential pressures, including spatial conflicts between marine users were highlighted. Examples of which included the competition for space on reefs between fishers (particularly those using seine nets) and dive operators and vessel-gear interactions between fish pots and commercial shipping vessels. Other pressures such as anchoring on reefs, vessel groundings, physical damage from fishing activities and divers, and litter were also identified by stakeholders. These activities were plotted through participatory mapping exercises on maps of the island and surrounding marine environment (Supplementary Figure 1 and Supplementary Table 1).

Table 1 summarises the stakeholder prioritisation discussions based on the activities and pressures identified. Based on these discussions, stakeholders agreed that the current activity with the greatest potential environmental and economic impacts, with no intervention currently in place, was the vessel-gear interactions between Montserrat’s pot fishery and aggregate shipping vessels along the western coast. If vessels pass too close to the fish pots, gear may become entangled with vessels, leading to damaged or lost fish pots. A perceived increase in damaged and lost gear, due to the shipping operations, led to an increase of complaints from users to the Government of Montserrat about vessel-gear interactions, resulting in the need for conflict resolution. Although not quantifiable, as complaints were not systematically recorded, the magnitude of the problem and impacts on the fishing community had garnered political interest and resulted in fishers contacting ministers for support.


TABLE 1. Outcomes from stakeholder activities and pressures prioritisation discussions.

[image: Table 1]Following feedback from stakeholder consultations, the Government of Montserrat’s decision to prioritise this conflict for intervention was made based upon a combination of strong stakeholder buy-in and a view that this was the most pressing activity causing both economic and environmental damage. This was compounded by institutional support for the fishing community and the recognised value of the contribution of the fisheries sector, both economically and culturally.

Stakeholder mapping concluded that the main ecosystem goods and services, and associated stakeholders concerned in this conflict were: the provision of food and income for fishers, predominantly reef fish captured in fish pots; transport of goods for commercial shippers, particularly the sand mining industry, and transit through the area for access to shallower reefs and coastline for divers and recreational vessels. Other stakeholders identified that may be impacted by management intervention were fishers using other gear types (trolling, seine nets), the Montserrat Port Authority and the Montserrat MALHE. It was noted that further consideration should also be given to leisure vessels and dive operators, as they may also be contributing the vessel-gear interactions.

During consultation, fishers emphasised the scale and frequency of the problem and its impacts upon their livelihoods. Through mapping exercises, a key hotspot for gear losses was identified off the south-west of the island on the northern approaches to Plymouth jetty, specifically in Montserrat fisheries zones F, G, H, and I (Figure 1). It was noted that interactions in this hotspot had increased significantly in the past year as a result of changes in sand mining locations and vessel routes. Of the various mitigation options considered, it was evident from participant feedback and the alternative routes drawn on the maps by fishers, that the consensus was that the most effective option to minimise interactions would be to re-route commercial vessels further offshore, away from the fishing grounds in question.

Prior to this conclusion, other options for mitigation were considered, including compensating fishers for loss of fishing grounds and the improved marking of pots. It was deemed financially unfeasible to provide financial compensation to fishers that may lose their fishing grounds within the study area with the nature of funding available, as the area in question is one of the most commonly used areas by fishers using fish pots, which is the most commonplace gear type in Montserrat (Sustainable Fisheries Group, 2016; Ponteen, 2018). Similarly, the options for alternative fishing grounds were limited, due to weather conditions on the eastern side of the island, and loss of previous fishing grounds and reefs through volcanic activity and smothering. In addition, maritime exclusion zones are still in place around the south-western and south-eastern coastal waters of the island, rendering these areas periodically inaccessible to fishers. Moreover, the legislative instruments to enforce such options are not currently in place in Montserrat. It was suggested in consultation that fishers may continue to fish within the study area regardless of management intervention, even when faced with the current threat of gear-loss, due to the high value of the fishing grounds. However, any management to reduce interactions would be beneficial to both fishers and the marine environment.

Consultations highlighted that the current method of marking the fish pots with buoys is inadequate and likely to be contributing to the vessel-gear interactions. It was agreed that investing in improved buoys to mark the fish pots should be considered in the near future as an addition to re-directing the vessels, as this will reduce the likelihood of interactions between gear and smaller leisure craft. However, this method was deemed insufficient by stakeholders to mitigate the current interactions between gear and sand mining vessels, due to the density in which fish pots are placed within the study area, making them difficult for larger vessels to avoid. In addition, due to the size and speed of commercial shipping vessels, it can be challenging for captains to see these markers in certain sea conditions, regardless of how diligent they may be, this was echoed by the captain of the Montserrat Ferry (Gooding, pers. comm.). Similarly, the size of buoys required to successfully mark the pots through all weather conditions, given the depth of water that they are situated in, is substantial. This presents certain logistical challenges with deployment due to the small size of fishers’ vessels used to deploy the pots and marker buoys (typically between 3 and 10 m).

It was also proposed that the edges of the reef fishing grounds were marked with hazard buoys to ensure that all sea-users are aware of the presence of fish pots in that area, particularly those unfamiliar with the island. Concerns were raised by other fishers that any hazard marker buoys could potentially interfere with other fishing operations (the beach seine net fishery) if positioned inappropriately.

The pot fishery in Montserrat is thought to be near capacity (Sustainable Fisheries Group, 2016), however, retiring fishers and investigating alternative livelihoods was not considered as a potential method of mitigation within this study. Montserrat’s fishing fleet is small, and the current level of fish production is not enough to satisfy local demand (Ponteen, 2013). As Montserrat’s strategic policy goals include reducing the reliance upon imports and increasing food security and the consumption of local food (CARICAD, 2016), it was deemed unviable to retire fishers and would not have been politically supported. However, long-term consideration is being given to encouraging new fishing methods and diversification to reduce the pressure on the pot fishery. The Government of Montserrat are looking to diversify the fisheries sector through the expansion of fish aggregation device (FAD) fisheries, targeting pelagic and coastal-pelagic species. This shift will divert pressure away from this multiple-use area to the planned locations of FADs, which will also reduce the number of individuals using fish pots, in favor of trolling. However, to ensure that the expansion is as sustainable as possible, the Government of Montserrat are currently conducting further research into the capacity to expand the fisheries without over-exploitation (Townhill et al., 2019). This is a long-term aspiration for Montserrat, which will not bring immediate resolution to this conflict, however, this may provide a longer-term solution to spatial conflicts in this high-demand area.

During discussions with commercial shipping operators, through the Montserrat Port Authority, operators raised concerns around a shipping route that requires vessels to travel significantly offshore, as this will increase fuel costs and require vessels to travel where sea conditions are more frequently unfavourable. Shipping representatives highlighted that the buoys used by fishers to mark the fish pots are typically homemade, usually consisting of plastic bottles or plastic floats, and have poor visibility to passing traffic in daytime, and none during darkness. The small size and limited buoyancy of the buoys means that they are subject to being submerged in certain sea conditions, further reducing the visibility. As a result, passing vessel traffic is often unaware of the presence of deployed fishing gear in the area. In addition, excess rope deployed to connect the pot and buoy can result in a higher risk of entanglement due to the increased radial movement of the buoy around the pot and resulting greater quantity of rope in the upper water column. Subsequently, this has made passing through the western fishing grounds, while avoiding fishing gear, particularly challenging for shipping vessels. Recognising both the impacts of the issue on fishers’ livelihoods and the potential costs incurred to shipping by rerouting to avoid an area of fishing ground, the Montserrat Port Authority required additional evidence of the exact location of the fishery in order to underpin any proposed management intervention involving re-routing of marine traffic.

It was understood that the area in which the conflicts were described was of little direct interest to the recreational diving sectors due to the depths of water involved. The role of passing leisure traffic was also considered as a potential cause of vessel-gear interactions. However, stakeholders recongised that leisure traffic typically desired to be close to the shoreline for aesthetic reasons and it is unlikely that these vessels spend substantial time transiting through the fishing grounds, thus it was suggested that it would be unnecessary to seek to re-route leisure vessels and remove that amenity. As levels of tourism and leisure traffic have decreased significantly due to volcanic activity, and leisure activity tends to occur during periods of daylight and calmer ocean conditions, it was felt that raising awareness of the presence of fish pots through hazard buoys in the area would sufficiently minimise potential interactions.



Spatial Distribution and Intensity of Fishing Effort

The raw data (Figure 3A) show the spatial distribution of the activity of a subset of nine fishing vessels which were recorded as operating mainly with pots within the areas of interest highlighted as a gear conflict hotspot in between 2018 and 2020. Within the study area, pot fishing activity is widespread along the west coast, from close inshore out to depths of around 100 m, targeting discrete areas. The map of pot fishing activity intensity (Figure 3B) shows that the greatest activity is distributed along the edge of the 100 m contour, before steep gradients into deep water beyond the operational depth limits of the pot fishery. The highest activity is toward the south of the study area in the approaches to Plymouth from the north and west. This corresponds to the area highlighted by fishers as a hotspot for gear losses during stakeholder discussions. There is also considerable potting activity in the inshore which corresponds to known mapped coral reef areas in shallower water (Figures 1, 3).
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FIGURE 3. (A) Raw point data of pot fishing vessel activity off western Montserrat. (B) Intensity map of pot fishing vessel activity off western Montserrat.


Analysed data and maps were presented to the Montserrat Port Authority and reviewed to identify the extent and boundaries of fish-pot activity in the area. This spatial information, alongside bathymetry data, allowed the Port Authority to identify an area to restrict commercial vessel activity to avoid fish pots and to find a suitable route for vessels around the area whist minimising additional travel.



Spatial Distribution and Density of Commercial Shipping

Figure 4 shows the spatial distribution and density of all shipping activity in Montserrat in 2018 (4a) and 2019 (4b) as recorded through AIS and displayed through MarineTraffic. 4c and 4d show the spatial distribution and density of specifically tugs and special craft in 2018 (c) and 2019 (d). All figures display evidence of the shipping activity reported along the south-western coast, through the fishing grounds. These data also confirm consultation findings that the intensity of shipping activity within the fishing grounds has increased between 2018 and 2019 as a result of changes in sand mining locations and the overall rapid expansion of the sector. 3d specifically shows an increase in 2019 in the density of tugs and special craft in the fishing grounds in question, in the waters around the most western point of the island.
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FIGURE 4. Vessel density data from MarineTraffic.com. (A) Density of all vessels in 2018. (B) Density of all vessels 2019. (C) Density of tugs and special craft in 2018. (D) Density of tugs and special craft in 2019.




OUTCOMES

In response to stakeholder proposals and the analysed data, the Montserrat Port Authority proposed a restricted area extending along the west coast of the island. This proposal balanced the requirements of both sets of stakeholders involved in the conflict by re-routing vessels far enough offshore to avoid fish pots, while using spatial data from the pot fishery to remain as inshore as possible to avoid excess fuel costs and unfavourable weather conditions for commercial shipping vessels. The restricted transit area commences from just north of Plymouth jetty moving offshore to around 3 km west of Bransbury Point, progressing northwards and re-joining the shoreline beneath Government Headquarters in Brades (Figure 5). Within this area, commercial vessels (cargo vessels, tugs, and barges) are not allowed to transit.
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FIGURE 5. Restricted transit area and locations of pot fishing in south west Montserrat.


Implementation of this restricted area means that commercial vessels leaving the port at Little Bay need to travel at least 3 km offshore to pass waypoint 5 (Figure 5) and must continue almost 3.5 km offshore heading south-west past waypoint 4. The boundary line between waypoints 2 and 3 protects the most intensive area of fishing activity on the edge of the reef to the north. After passing waypoint 2, the vessels can make a more direct approach to Plymouth jetty. Vessels departing Plymouth jetty for a destination in any northerly direction will need to travel at least 3 km away from the shore to waypoint 3 before heading northwards. Vessels approaching Plymouth jetty from the south or due west will not be affected by this restricted area. Leisure and recreational vessels, such as pleasure crafts, are exempt from this restricted area, and it is unlikely that this intervention will have significant effects on these sectors. It is possible that the restricted area diverting larger vessels offshore when transiting, will be beneficial to both leisure vessels and dive operators by reducing vessel traffic around the coastline, where their activities are concentrated. There is currently no mobile benthic fishing occurring in Montserrat’s waters and other typical fishing methods, including spearfishing, trolling and seine nets, occur closer to shore, in waters shallower than 100 m deep, as such it is unlikely that the restricted area will significantly impact these fishing activities.



DISCUSSION

In the Caribbean, there are few examples of how science can contribute to the spatial planning process in practice, and many small islands may lack suitable data to support spatial planning (Pomeroy et al., 2014). In order to improve marine spatial planning efforts in the Caribbean, a diverse set of information needs to be integrated. Doing so in “data poor” situations requires application of innovative tools with a strong focus on participatory approaches (Pomeroy et al., 2014). Here we show how combining a stakeholder-led consultation approach with supporting analytical evidence can identify suitable solutions to complex spatial planning conflicts that meet the requirements of all parties involved. The use of innovative, cost-effective, small scale vessel tracking devices has enabled spatial data collection from previously unmonitored vessels. The analysis of fisheries landings and VTS data, alongside outcomes from stakeholder consultation, allowed managers to develop an impartial, data-led solution with the identification of a restricted transit area, suitable for all key stakeholders. The data on the spatial scale of the pot based fishery allowed the management intervention to balance the requirements of the fishing community to remove commercial shipping traffic from these fishing grounds, while keeping excess travel time, fuel costs, and potential poor weather conditions to a minimum, as per the requests of the shipping industry. A lack of formal baseline of conflict scale or frequency, beyond stakeholder complaints, which were not systematically recorded, makes quantifying the success of this management intervention challenging. However, opportunities do exist to monitor future complaints and to undertake surveys of fisheries to understand if the loss of pots and ongoing conflict with shipping declines. AIS data can also be monitored to understand how commercial shipping activity changes as a result of intervention.

The boundary coordinates of the restricted area have been distributed amongst local operators. MALHE will regularly review the VTS data outputs with the Montserrat Port Authority to ensure that the restricted area remains appropriate and efficient and can be adapted to reflect changes in fisher effort or distribution. If the Government of Montserrat decide to expand the current FAD fishery and install additional offshore FADs, dependant on the chosen locations, the restricted area may require adaptation to avoid interactions between FAD-based fishing and commercial shipping activity.


Benefits of Fisher Participation

Recent years have seen increased recognition of the benefits of engaging the fishing community in marine management activities, through data collection, enforcement, advocacy, and research (Granek et al., 2008; Almany et al., 2010; Ernst et al., 2010). This can benefit managers and researchers through both increased capacity for monitoring and management activities (Granek et al., 2008) and additional information from undocumented local knowledge from fishers (Gaspare et al., 2015; Berkström et al., 2019). In turn, this engagement allows fishers to input into the management that will directly affect them and the environment that supports them. Participation in Montserrat’s VTS data collection has always been voluntary; however, the programme has achieved 100% participation from fishing vessel owners. Often fisheries data has been used most visibly as part of management regulations and restrictions, and fishers may view scientists with suspicion with concerns that data may be “used against them” (Wilson, 2003). Achieving 100% participation in VTS data collection is the result of extensive engagement and trust building efforts with Montserrat’s fishing community. This has enabled the collection of accurate spatial data on fishing activities, which is often lacking and challenging to obtain to inform management and marine spatial planning efforts (Baldwin and Mahon, 2014; Pomeroy et al., 2014). In turn, these data have been used to fishers’ benefit, to enable fair and evidence-based intervention to reduce vessel-gear interactions. This project has developed and strengthened stakeholder engagement processes and demonstrates tangible positive results of participating in data collection directly to fishers. In turn, this will help to stimulate fishers’ participation in VTS and other fisheries data collection efforts into the future. Participation in data collection can simultaneously engage, empower, and build capacity for stewardship (Pomeroy et al., 2014). In addition, this can enable fishers to engage in an open dialogue with managers, fosters a shared perception of conservation challenges and opens discussion of management alternatives (Chuenpagdee et al., 2004). Encouraging fisher participation in assessment and management, through the use of fisher’ knowledge is encouraged as best practice in improved fisheries governance (Stephenson et al., 2016).



Limitations of the Data

Vessel tracking systems data from all vessels recording predominantly pot fishing activity in the relevant Government of Montserrat fishing zones were included in the analysis. As a result, the outputs include data for an unquantified number of fishing trips where pots may not have been used. A more refined approach would link the VTS data to specific landings data from each fishing trip, including only specific fishing trips for which pot fishing activity was recorded. Furthermore, the data also include fishing activity during which pots were only used for a part of the fishing trip. Whilst the Government of Montserrat’s landings interview process seeks to gather start and end times for the use of specific gear time, these data were not consistently recorded and could not be used in this analysis. In addition, it is possible that vessels that infrequently use fish pots may have been excluded from the analysis. The use of expert opinion from both fishers and the Chief Fisheries Officer to identify vessels may not be as applicable in larger settings. However, due to the size of Montserrat’s fishing fleet and in-depth knowledge of the sector from both fishers and fisheries unit employees, this method, partnered with fisheries landings data, can be used with a certain degree of accuracy in this setting to identify vessels that predominantly use fish pots.

Due to the time constraints for providing supporting evidence to decision makers, a simple speed filtering approach was applied to the VTS data to identify fishing activity. It is unlikely that any speed rule will identify the activities of vessels without error, as there will be occasions where a vessel may transit at the slow speeds that have been associated with fishing activity, for example, when experiencing bad weather. Static fishing gear presents additional challenges because the realised fishing effort depends on the size, type, and soak time of nets or traps, and VMS data provide insight into the vessels’ area of operation rather than fishing effort (Lee et al., 2010). A more refined approach using the spatial dynamics of the vessel’s track (changes in heading and speed) could improve the separation of fishing activity and vessel transiting (Mendo et al., 2019) and might allow the discrimination of different fishing activity types with different gears within a single fishing trip. However, the outputs generated here using only data from vessels predominantly using pots and a simple vessel speed filter provided a representation of the footprint and intensity of the fishery which was adequate for the purpose of marine spatial planning and informing a specific management intervention.

Further work will integrate the FISHCANA fisheries database with the Pelagic Data Systems VTS online dashboard. This would make fisheries spatial and linked landings data accessible as they are collected, enabling the Government of Montserrat to easily apply similar methods to those described here quickly and independently, allowing a more rapid, evidence-based response to emerging issues. Fishers can also benefit from being able to access their own data which may help them to optimise their future operations.



Additional Management Recommendations

Not all areas of pot fishing interest are encompassed within the restricted transit area. Areas of high activity to the north of the restricted area, in particular within the heavily-used approaches to Little Bay, present a continued risk of entanglement with passing vessel traffic. The development of appropriate guidance for the fishing operators of Montserrat on the marking of fishing gear, in line with FAO voluntary guidance (Food and Agriculture Organisation (FAO), 2019), may further reduce gear losses and aid in the identification and recovery of gear. This could see improvements in the materials used for pot marker buoys to increase visibility and improved rigging of gear appropriate to the depths of water in which it is deployed. Such changes would complement the management measures and would be expected to further reduce the risk of gear damage or losses to any passing vessel traffic. However, specific guidance for Montserrat must consider the logistical constraints of deploying substantial marking systems from the small vessels used by the fishing fleet. Similarly, installing escape panels in fish pots can reduce the ghost-fishing impact of lost gear on marine species (Pecci et al., 1978; Bilkovic et al., 2012; Broadhurst and Millar, 2018).

To alert unfamiliar vessel traffic to the location of the restricted area, work is underway to install hazard marker buoys within the boundary of the restricted area. These buoys stand over 1.5 m high above the sea surface with a visible area of 1.1 m2, and are topped with internationally recognised St Andrews cross hazard marker. This will provide much greater visibility to passing vessel traffic than the buoys marking the individual pots and can be expected to raise awareness of the restricted access and the potential hazard of fishing gear in the area. The hazard marker buoys will not show the exact locations of pots, and as such are unlikely to allow vessels to successfully navigate between the pots within the area, however, they will alert captains to the presence of fishing gear in the vicinity to encourage vigilance or avoidance of the area, for the smaller vessels that are permitted within the restricted zone.

In the United Kingdom, spatial fisheries management to resolve conflict and competition for space between different types of fishing gears (towed mobile gears versus static gears) has resulted in an increase in the amount of static gear fishing effort in protected areas. Once the competing pressure was removed and the risk of gear loss reduced, localised increases in static gear activity were reported in Lyme Bay and Windsock protected areas (Jaworski and Penny, 2009; Mangi et al., 2011). The pot fishery on Montserrat is already believed to be near capacity (Sustainable Fisheries Group, 2016) and the impacts of this management intervention on overall pot fishing effort should be monitored closely and potential further management options considered if effort increases.

The current COVID-19 pandemic has highlighted the potential vulnerabilities of small-island states; this has emphasised the need for Montserrat to reduce reliance on external import for food and on the tourism industry for jobs and income (Ponteen, pers. comm.). As the island begins to seek opportunities to increase domestic food production, reduce the reliance on imports, and to increase commercial exports such as sand and aggregate, there is the potential for other conflict hotspots to arise in the marine environment around the island. As such, a similar exercise to this study may be necessary in the future, to minimise additional vessel-gear interactions elsewhere around the island where conflict may occur.

Under the Fisheries Act 2013, there is a statutory requirement for the Government of Montserrat to produce a Fisheries Management Plan, however, this is yet to be completed (Brewin et al., 2018). The development of a fisheries management plan provides an opportunity to further utilise the participatory framework that has been established in Montserrat. Fishers have previously expressed an interest in receiving more feedback from the Government of Montserrat on their efforts to support data collection and sustainable fishing (Brewin et al., 2018) and this is something that should be incorporated into future processes to develop management.

Dissemination of information and developments is currently conducted through a strong word-of-mouth process. Montserrat’s Chief Fisheries Officer stays in regular contact with the fishers through the Fishers and Boaters Association (Brewin et al., 2018). However, this open dialogue could be further facilitated using regular update meetings, informal workshops, and knowledge exchange exercises. Future marine spatial planning efforts should endeavour to maintain inclusive participative processes with all stakeholders and utilise robust supporting evidence when developing further management. Efforts are also underway to encourage fishers to access to their own VTS data online to improve transparency and further foster collaboration.



Regional Application

A range of complex issues face Montserrat’s marine environment, including sedimentation, freshwater runoff and ocean acidification as a result of the Soufriere Hills Volcano, compounded by the impacts of climate change. The island is in a unique situation: recovering both environmentally and economically from a variety of natural disasters, where space is at a premium. Although this complex picture may be unique to the environment of Montserrat, the island presents a good example of successful engagement with the fishing community that may be applicable to neighbouring islands in the region. Similarly, the use of technology to build the fisheries evidence-base has transformed the understanding of fisheries on the island and such an approach may benefit other countries with sustainable fisheries management and reporting. Montserrat is nonetheless small, with a population of approximately 5,000, which has aided engagement and relationship building. Such engagement may prove more challenging and take longer to achieve in larger settings. Similarly, the introduction of technology to aid data collection is likely to be more costly in larger fisheries sectors and require more sophisticated solutions. These are the early stages of marine management, that have set the foundation to enable Montserrat to establish community-based management frameworks, to ensure the sustainability and long-term conservation of its marine environment.



CONCLUSION

This management intervention is the result of an ongoing process to better understand Montserrat’s marine environment and the associated dependent activities, through the development of a quantitative evidence base. Traditionally, fisheries have felt side-lined in favour of more visible industries with a more easily quantifiable contribution to the economy of Montserrat (fisher, pers. comm.). Additionally, small, artisanal fisheries are historically hard to assess and are often subject to data-poor decision making. However, here we demonstrate the potential for success by bridging the gap between fishers and managers, building trust, engaging the fishing community in data collection and empowering fishers to take ownership of the collection of accurate data. These data can then support evidence-based and impartial decision-making that ensures the sustainability of both livelihoods and the natural environment that they rely upon. The fisheries sector in Montserrat is one of the smallest in the Caribbean, contributing less than 0.5% to Montserrat’s GDP (Ponteen, 2013), in contrast to the aggregate industry, which is currently Montserrat’s primary export and a key industry in national policy, including the Government of Montserrat’s Sustainable Development Plan 2008–2020. This intervention has demonstrated to fishers the benefits of engaging with managers and data collection, which has in turn supported the equal consideration of the interests of two sectors with considerable differences in economic contribution and influence. This has set the foundation for further engagement and the inclusion of stakeholders in future management planning processes.

Fisheries data collection is ongoing; this evidence base will play an important role in the sustainable development of fisheries, marine spatial planning legislation and adaptive management, improving assessments of the status of fish stocks and fishing efforts, contributing to vital ecosystem protection. As the island explores opportunities to increase domestic food production, and to ensure vital marine ecosystems are protected, these plans and management measures will be essential to ensure a sustainable post COVID-19 recovery, and to secure Montserrat’s future.
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Diego Garcia is the largest atoll within the Chagos Archipelago in the Indian Ocean. Since the 1960s it has been a military base, populated only by military and support personnel. Infrastructure includes sewage treatment works, a waste disposal facility and an airbase. Lagoon use includes boating and large vessel anchorage. Current pollution levels by inorganic nutrients and other contaminants are unknown. A field study was undertaken in March 2019 to obtain baseline information on key environmental parameters and pollutants for assessing the state of marine water quality. Outside the atoll, three stations were sampled where human impacts were likely to be lowest (two off the north coast, considered as ‘near-pristine’; one on the east coast); one station was sampled in the lagoon mouth; 10 stations were sampled downstream from two sewage outflows. Inside the lagoon, 10 stations were sampled at near-shore sites likely to be directly impacted by activities such as boating and waste management; six stations were sampled in the central or eastern lagoon. In situ sensors were used to estimate temperature, salinity, chlorophyll (as fluorescence) and dissolved oxygen. Discrete water samples were analyzed for nutrients, chemical contaminants, heavy metals and fecal indicator bacteria. Sea surface temperatures were highest (29.5–35 °C) inside the lagoon; salinities were generally higher (> 34.1) outside the lagoon (vs 33.8–34.1 inside). Surface nutrient concentrations at near-pristine stations were undetectable for nitrate and phosphate and averaged 1.39 μM for dissolved inorganic nitrogen (DIN) and 1.73 μM for silicate. Concentrations were higher at most other stations (maximum 5.7 μM DIN, 0.38 μM phosphate, and 9.93 μM silicate), with ammonium contributing most to DIN. In the lagoon, chlorophyll concentrations were relatively low (0.3 – 0.6 μg chl l–1) near the surface and higher (max 0.9 μg chl l–1) at depth. Results suggested low levels of pollution overall. However, levels of nutrients, oxygen deficiency, chemical contaminants (e.g., solvents and DEET) and heavy metals (cadmium, nickel, zinc and copper) at some sites inside the lagoon are a concern due to slow flushing rates and will be used to inform future monitoring and assessment of environmental health at Diego Garcia.

Keywords: baseline, nutrients, indicators, microbiology, fecal, contaminant, metals, oxygen


INTRODUCTION

The UK’s Overseas Territories are home to over 90% of the UK’s biodiversity and are important to regional and international marine conservation efforts. The British Indian Ocean Territory (BIOT), comprising the atolls of the Chagos Archipelago (Figure 1), lies around 500 km south of the Maldives and consists of five low lying coral atolls (58 islands in total) surrounded by a 640,000 km2 maritime zone which was declared a ‘no-take’ marine protected area (MPA) in 2010 (Sand, 2010; Sheppard et al., 2013). The archipelago includes around 6,000 km2 of shallow reef zones with the remainder being of bathyal and abyssal depth (> 2,000 m). The largest atoll, Diego Garcia, is located to the south east of the archipelago (Figure 1; Purkis et al., 2016). A large proportion of the atoll area (approximately 70%) is comprised of an extensive lagoon (11 km2), which is enclosed by one of the most continuous land rims of all coral atolls.
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FIGURE 1. Map of Diego Garcia showing sampling stations in Regions 1 to 3 in the lagoon, the location of lined and unlined waste pits, and freshwater ponds in Regions 1 and 2 which flow into the lagoon (Wang et al., 2014). Turtle Cove is a turtle breeding and hatching area. Insets indicate (a) the location of the British Indian Ocean Territory (BIOT) and extent of the Marine Protected Area (MPA; blue line), (b) atolls of the central Chagos Archipelago, and (c) sampling stations at sewage outfall 2.


Due to the location of the Archipelago in the tropical southwest Indian Ocean, the marine environment is considered to be low in nutrients (Sheppard and Seaward, 1999; Resplandy et al., 2009). Broadscale oceanographic processes are influenced by atmospheric processes, regional currents and bathymetry (including seamounts and the Seychelles-Chagos Thermocline Ridge; Hermes and Reason, 2008; Xue et al., 2014; Masner et al., 2017), with seasonal winds and Ekman transport driving upwelling of nutrient-rich waters and sustaining plankton productivity (Fasolo, 2013; George et al., 2013; Dilmahamod et al., 2016). Surface waters are often nutrient depleted (Rayner and Drew, 1984; McCreary et al., 2009; Harms et al., 2019) with low chlorophyll (chl) concentrations (< 0.2 μg chl l–1; Resplandy et al., 2009; George et al., 2018). Higher concentrations (>5 μM nitrate, > 1 μg chl l–1) are typically found at or below the thermocline which can vary in depth from about 20 to 120 m (George et al., 2013). Fasolo (2013) observed values of around 0.25 to 1.5 μg chl l–1 at depth on seamounts and transects across the Chagos archipelago.

At Diego Garcia, the forereef slopes steeply down to depths of 400 m within a short distance (< 1 km) of the exposed atoll rim (Hamylton and East, 2012). The lagoon reaches a maximum depth of approximately 31 m in the center (Sheppard and Sheppard, 2019) and can be broadly divided into three north-south basins that get progressively shallower and have more intricate topography, including coral knolls and limestone ridges (Hamylton and East, 2012). The southernmost basin (Region 1, Figure 1) is the smallest and has an average water depth of ∼7 m; to the north, Region 2 is slightly larger and has water depths averaging ∼9 m; Region 3 is the largest basin and generally has the deepest water (averaging ∼13 m, Wang et al., 2014). The flushing time (i.e., the time required to flush 90–95% of the initial water mass out of the lagoon) has been estimated to be long. Wang et al. (2014) estimated that the flushing time of the entire lagoon was 24–32 days, with the outer part of Region 3 (closest to the lagoon mouth) characterized by strong tidal flushing (19–25 days), weak estuarine circulation and cool saline water. The inner lagoon (Region 1), which receives freshwater inflows during precipitation, was estimated to have the longest flushing time (38–43 days) and be characterized by warmer, fresher water with moderate estuarine circulation and weak tidal influence. Between these outer and inner parts of the lagoon, transitional characteristics include moderate tidal flushing (34–41 days in Region 2, 22–28 days in the southern parts of Region 3) and estuarine circulation (Wang et al., 2014). Tidal forcing of oceanic water into inner regions of the lagoon through deep water channels may occur but has not yet been demonstrated (Sheehan et al., 2019). The carbonate limestone land rim has the highest levels of rainfall in the Indian Ocean (Stoddart, 1971; Hamylton and East, 2012). Since the 1950s, rainfall has increased significantly with heaviest rain typically from November to April (austral summer, Sheppard and Sheppard, 2019), when light north-westerly winds prevail. A considerable proportion of the rainfall may accumulate in large freshwater ponding areas located along the shoreline of the southern-most lagoon region and contribute toward freshwater inflows to the lagoon (Wang et al., 2014; Sheehan et al., 2019).

In 1966 an agreement was signed between the United Kingdom and the United States (UN, 1976) for the setting up of a military installation on Diego Garcia. There is no permanent population on Diego Garcia, but between three and five thousand US and British military and contract civilian personnel are stationed on the atoll at any time. To meet the needs of this population, facilities for the disposal of waste include two sewage processing plants which discharge into coastal waters outside the atoll and a series of lined and unlined waste pits on land (Spalding, 2018). Moored vessels, stationed within the lagoon, currently dispose of their waste water outside of the lagoon, although there is some anecdotal evidence of accidental release of gray and bilge water in the lagoon.

Diego Garcia is susceptible to natural environmental stressors and impacts of human activities on the marine environment. Cumulative stressors can lead to reduced resilience of species and habitats, making them more susceptible to climate change and damage from storms and other natural events (Gibbs, 2009; Wiedenmann et al., 2013; Johnston et al., 2015; Lauvset et al., 2015; Sheppard et al., 2017; Dougan et al., 2020; Hays et al., 2020; Laffoley et al., 2020).

Sewage discharges and other inputs of nutrients to the marine environment are a global concern (Cloern, 2001; Smith, 2003) due to undesirable impacts such excessive algal growth (phytoplankton and/or macroalgae), oxygen deficiency and mortality of benthic fauna and fish (Painting et al., 2007; Tett et al., 2007; Devlin et al., 2011). In corals, nutrient enrichment may result in reduced resistance to pathogens (Dougan et al., 2020). Sewage discharges have the potential to increase concentrations of pathogenic microbes, particularly through fecal contamination (e.g., World Health Organization (WHO), 2003). The presence of Escherichia coli (E. coli) in environmental water samples indicates an elevated risk of fecal-borne pathogens. These could include other bacteria such as Salmonella spp., viruses such as hepatitis A, protozoa, or parasites.

Common man-made chemical contaminants which find their way into marine ecosystems can be hazardous to marine life. Their impacts can be measured though specific effects such as interaction with steroid receptors (Kirby et al., 2004; Smith et al., 2015) and effects on molting (Macken et al., 2015). Impacts can also be measured via whole organism or population responses, including reduced productivity and increased respiration (Johnston et al., 2015) or chronic effects on growth and hatching rate in individuals and populations (Law and Hii, 2006; Barron et al., 2020). Many chemicals, including certain metals, pesticides and polycyclic aromatic hydrocarbons (PAHs), have been identified as priority substances (EU, 2008, 2013). Significant levels of PAHs may occur due to incomplete combustion of diesel fuel, fuel spills, and aircraft fuel dumping (Nasher et al., 2013) and widespread use in commercial products, such as pharmaceuticals, agricultural products, and lubricating materials. Sixteen PAH compounds have been identified as priority pollutants due to their toxic, mutagenic, and carcinogenic characteristics (see Nasher et al., 2013). Their low water solubility and high lipophilicity means that PAHs are easily and rapidly absorbed by organisms, adsorbed onto the surface of suspended matter, deposited on the sea floor or passed into the marine food chain (Nasher et al., 2013).

Direct impacts of human activities in the Chagos Archipelago are likely to be low as it is largely uninhabited (Readman et al., 2013; Sheppard and Sheppard, 2019). However, reviews of the state of the environment at Diego Garcia indicate that human activities may have some impacts on marine water quality (Everaarts et al., 1999; BIOT Administration, 2017; Spalding, 2018). Current levels of pollution by nutrients, man-made chemical contaminants and heavy metals are unknown. The aim of this study was to obtain baseline information and data on key environmental parameters and pollutants for assessing the current state of marine water quality and inform future monitoring and assessment of environmental health at Diego Garcia.



MATERIALS AND METHODS

A field survey was carried out between 26th March and 2nd April 2019. Discrete water samples were collected for analysis of nutrients, chemical contaminants, E. coli and whole sample toxicity. Sensors were used to measure physical parameters, dissolved oxygen, and fluorescence (as a proxy for chlorophyll and therefore algal biomass). Passive samplers were used to sample heavy metals. All samples were returned to an on-island laboratory for analysis or preservation depending on analyses required.


Study Sites

Figure 1 shows the location of all sampling sites. At two sewage treatment plants on the north-west land rim, sewage and wastewater are treated biologically in large settling ponds and disinfected with chlorine (Readman et al., 2013) prior to discharge onto the forereef. Shipping and boating activities in the lagoon are largely confined to the northernmost basin (Region 3) where the water is deeper, and the popular Plantation recreational area in Region 2. Lined and unlined waste pits are located on the south-west land rim (Region 2), with the main unlined waste pit at the Waste Management site.



Sampling Stations

Outside the atoll (Figure 1), three stations were sampled where human impacts were likely to be lowest (two off the north coast [Ocean_02 and _03], considered as ‘near-pristine’; one on the east coast [Beach East Ocean]); one station was sampled in the lagoon mouth (Ocean_01). Ten stations were sampled downstream from two sewage outflows (Outfall S1 and S2). Inside the lagoon (Figure 1), 10 stations were sampled at near-shore sites likely to be directly impacted by activities, such as boating (e.g., a marina, jetties), vessel anchorage, and waste management, and six were in areas in the central or eastern lagoon likely to have lower human impacts.



Sampling

At stations in shallow water (< 0.5 m), surface water samples were collected from the shore. At stations outside the atoll and in deeper waters of the lagoon, sampling was carried out from a small open vessel. Water samples were collected from just below the surface using a 2-liter Niskin bottle on a weighted (5 kg) hand-held cable, deployed alongside a CTD (Conductivity, Temperature and Depth) profiler. Sensors used to obtain data on physico-chemical and biological parameters are described below.


Physico-Chemical and Biological Parameters


Surface temperature, salinity, and dissolved oxygen

A handheld multi-meter sensor (a WTW Multi3630 IDS meter with pH, conductivity and optical DO probes, referred to as ‘surface probe’) was used to obtain measurements of temperature, salinity, pH and dissolved oxygen in surface waters at very shallow stations.



Vertical profiles

At deeper stations, a hand-held CTD instrument package (RBR Maestro CTD, Canada) was deployed to obtain profiles of water column structure. The instrument was fitted with sensors to measure: depth (D, m); temperature (T, °C); practical salinity; chlorophyll fluorescence, using a Seapoint sensor; turbidity (nephelometric turbidity unit, NTU, using a Seapoint sensor); and dissolved oxygen (μM, using the RBRcodaODO| fast8 sensor).

The CTD was deployed by hand and left at a depth of 1 m for approximately 1 min for sensors to stabilize. The instrument was then lowered slowly to approximately 0.5–5 m off the seabed, before being raised slowly back to the surface and retrieved. Sensor measurements (from ∼2 m) are reported as near-surface measurements.




Nutrients

Surface sea water samples were filtered through 25 mm diameter glass microfiber syringe filters into 60 ml polypropylene sample pots and preserved with 0.1 ml of 16 g l–1 mercuric chloride solution (sample concentration approximately 28 mg l–1).



Fecal Indicator Bacteria

Fecal indicator bacteria, Escherichia coli, were used to estimate microbiological water quality. Water samples (200 ml) were collected in sterile 500 ml bags and stored in cool boxes (3–5°C) during sampling. Samples were returned to the on-island laboratory and analyzed immediately.



Organic Chemical Contaminants

Pre-prepared clean glass sample bottles (1 liter) were used to collect samples for organic contaminant screening. Samples were taken from just below the water surface, stored in cool boxes in the field and transferred to refrigerators on-island as soon as possible.



Heavy Metals

Sampling for metals was carried out using Diffuse Gradients in Thin films (DGT) passive sampling devices (LSNM-NP Loaded device, DGT® Research Ltd., Lancaster, United Kingdom). The DGTs were placed in an acid cleaned plastic cage, attached to a structure or buoy below the water line, and recovered after 3–5 days. These were deployed in five locations within the lagoon: the number of DGTs deployed varied from one at Thunder Cove, to two at Plantation R&R and Moody Brook, three at the Waste Management site, and five at Leisure Marina (see Figure 1).

Passive samplers and blank/control samplers were prepared following guidance supplied by DGT® Research Ltd. Blanks were exposed to the environment during deployment and recovery.




Whole Sample Toxicity

Samples of water were collected in sterile 15 ml polypropylene centrifuge tubes and stored in cool boxes (3–5°C). They were returned to the on-island laboratory and analyzed immediately.


Sample Storage

Passive samplers and nutrient, toxicity and microbiology samples were all stored in cool boxes under ice in the field, then transferred to a refrigerator in the Diego Garcia laboratory as soon as possible once fieldwork was completed each day. The samples for GC-MS screening did not require specialist storage but were kept in a refrigerator as best practice.

Where required, cool boxes and ice packs were used during transport of samples to the United Kingdom. However, there was some risk of sample degradation in the passive samplers. For nutrient samples, the addition of mercuric chloride as a preservative reduced the risks. However, use of preservatives may affect the analysis of ammonium concentrations in sea water samples (Kirkwood, 1996), and confidence in the results of the ammonium analyses is therefore lower than for other dissolved inorganic nutrients. Contaminant samples were transported in strong transport boxes.




Data and Sample Analysis


CTD Sensor Parameters

Sensor data obtained from the CTD were analyzed using RBR Ruskin Desktop software and RBR’s RSKtools Matlab post-processing tool kit. Near-surface values were extracted manually using RBR Ruskin Desktop software by selecting data immediately following deployment but after sensor response had stabilized. Readings were averaged over 100 data points (approximately 12 s at instrument sampling rate of 8 Hz). Depth profiles were extracted in Matlab using the RSKtools package (RSKtools v3.5.0; RBR Ltd., Ottawa, ON, Canada; 2020-06-26). Processing included: removing salinity spiking by calculating and applying a correction for the time-shift between conductivity and temperature sensors; recalculation of practical salinity and calculation of density anomaly (sigma0, presented here as ‘density’) using the integrated tools from the TOES-10 GSW toolbox; removing loops in profile ascent and descent (identified by reversed sensor velocity); bin averaging in 0.1 dbar intervals; and smoothing (boxcar) with a filter window of 3. Anomalous values at the top and bottom of profiles were manually removed for all channels, where present (stations Lagoon_04, 05, 08 and 11). Very high chlorophyll values at the bottom of the profiles for stations Lagoon_05 and 08 were removed. While these may have been due to the sensor approaching high chlorophyll particles near the seafloor, they represented discontinuities from the rest of the profiles.

All sensors were operated using their factory calibration. The oxygen sensor calibration was checked by measuring 0 and 100% saturation upon return to the United Kingdom to produce the following correction which was applied to all observations:
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Oxygen percentage saturation was recalculated from the corrected concentrations and in situ temperature and salinity measurements as per Garcia and Gordon (1992, using Benson and Kraus data). Oxygen concentrations in micromoles per liter (μM) were converted to mg l–1 by multiplying by the molecular weight for oxygen (∼ 32 g mol–1).

Ideally, calibration checks of the oxygen optode would have been carried out daily in the field. The values presented are therefore to be taken as approximate. Similarly, the factory calibration of the chlorophyll fluorescence sensor is not expected to be appropriate for the specific phytoplankton communities of the study area and data therefore indicate relative changes in chlorophyll only.

Oxygen values below 6 mg l–1 are considered to indicate oxygen deficiency (Best et al., 2007) and possible undesirable disturbances due to nutrient enrichment or organic loading, e.g., due to decay of plants or other organic waste (Tett et al., 2007; Devlin et al., 2011; Foden et al., 2011).



Nutrients

Samples were returned to the United Kingdom for analysis and stored in a refrigerator until they were analyzed. Analysis was performed on a Skalar San + + Continuous Flow Analyzer (CFA; Skalar Analytical B.V., Breda, Netherlands) running channels for nitrite, total phosphate, phosphate, silicate and ammonium with photometric detection using methods described by Bendschneider and Robinson (1952); Murphy and Riley (1962), Grasshoff (1976) and Treguer and LeCorre (1975).

Limits of detection (LOD) were 0.07 μM for nitrite, 0.43 μM for ammonium, 0.14 μM for phosphate, and 0.09 μM for silicate. Results were given as total oxidized nitrogen (TOxN, where TOxN = nitrate + nitrite, also referred to hereafter as nitrate), ammonium-N, phosphate-P and silicate-Si. Total dissolved inorganic nitrogen (DIN) was calculated by summing TOxN and ammonium. Where TOxN values were < LOD, DIN was ammonium only.

Results are shown per station sampled, and as average values at locations inside and outside the lagoon. Average values were used to compare nutrient ratios against Redfield ratios for N:P (16:1) and N:Si (∼1:1) (Downing, 1997; Lefevre et al., 2003; Burson et al., 2016). Where P was < LOD, N:P ratios were not calculated.



Fecal Indicator Bacteria

Samples were analyzed using a Wagtech Potatest II mobile microbiology laboratory, a stand-alone field lab with its own incubators, sterilization equipment and ancillary kit. Analysis was carried out using Merck Chromocult® nutrient pad medium. This medium was supplied sterile, dehydrated, on pads inside Petri dishes which fit inside the incubators. The medium was prepared by aseptic addition of 3.5 ml sterilized water to each pad. Once this was done, 10 or 100 ml of each sample was filtered through a 0.45 μm cellulose nitrate filter which was placed onto the Chromocult® pad, covered with the petri dish lid and incubated at 37°C for 21 ± 3 h. After incubation, pads were removed, visually inspected and E. coli colonies counted. This method is specific and accurate for both tropical and temperate samples (Byamukama et al., 2000) and relatively simple to run in a mobile laboratory.

To evaluate bacterial risk, standards for recreational water use (Table 1) from the EU Bathing Waters Directive (EU, 2006a) were used. Examples of other similar standards are given in FAO and WHO (2018) and Environment Agency (EA) (2000, 2019).


TABLE 1. Microbiological standards for coastal and estuarine (transitional) waters (EU, 2006a) (Bathing Waters Directive).
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Organic Chemical Contaminants

Samples were analyzed using a full-scan gas chromatography-mass spectrometry (GC-MS) screening technique for non-polar organic environmental pollutants. The technique allows for a target based, multi-residue screening of volatile organic compounds (VOCs) and semi-volatile organic compounds (SVOCs). The method uses a retention time locked, custom built target mass spectrometric database with over 1050 compounds, allowing for the identification and measurement of a wide range of organic pollutants in any given water body. It includes deconvolution reporting software to provide increased confidence in identifying the chemical peaks in each sample. For each contaminant detected in the screening process, a chemical database was used to describe the possible sources and/or use of the chemicals (see Supplementary Table 1).

Screening results are semi-quantitative and are useful for flagging the presence of chemicals at relatively high concentrations (in the μg l–1 range) that may need further investigation and quantification. Estimated concentrations are indicative only and it is not generally considered appropriate to use the results to ascertain if chemicals present are at acceptable or unacceptable concentrations. Nonetheless, international assessment standards were used to estimate potential risks from chemical contaminants, particularly substances of very high concern (SVHC; EU, 2006c) and priority substances (EU, 2008, 2013, 2016).



Heavy Metals

The gel in each passive sampler was carefully removed from the DGT housing under clean laboratory conditions and acidified with 1 M nitric acid for at least 24 h. The acidified sample was analyzed by inductively coupled plasma mass spectrometry (ICP-MS) and inductively coupled plasma optical emission spectrometry (ICP-OES). Environmental concentrations were accounted for using the results from the blanks collected during sampling.

To estimate potential risks to marine life from heavy metals, Environmental Quality Standards (EQS) established by Directive 2008/105/EC (EU, 2008), subsequently amended by Directive 2013/39/EU, EU, 2013; see also EC, 1976; EU, 2006b) and the associated Specific Pollutants for long-term exposure in saltwater (seawater) developed in collaboration with EU Member States (UKTAG, 2013; UK, 2015) were used. In the case of metals, the EQS refer to a dissolved concentration, as measured in a water sample filtered through a 0.45 μm filter or subject to any equivalent treatment. DGT samplers in contrast measure free metal ions and easily dissociable metal complexes, and time weighted averaged concentration of metals measured by DGT are expected to be lower or equal to that of an equivalent “dissolved concentration” measurement. Although they were developed for European waters, these standards are likely to be applicable to marine organisms in other areas.



Whole Sample Toxicity

A Microtox® in vitro test system, designed to test samples in the field under ambient temperatures (0–40°C), was used to detect whole sample toxicity at all sites apart from Leisure Marina, Thunder Cove and Lagoon _06 and _07. The method followed has been described by previous authors (Jarque et al., 2016; Masner et al., 2017; Rotini et al., 2017; see Faria et al., 2004 and Abbas et al., 2018). The Microtox FX test system (previously Deltatox) comprises a highly sensitive luminometer, liquid reagents and freeze-dried bioluminescent Aliivibrio fischeri bacteria. The test is initiated by reactivating colonies of bacteria in an ideal medium. Aliquots (900 μl) of each field sample are added to control and test vials and left to incubate for 15 min at ambient temperature. The amount of light produced by bacteria growing in each vial is measured. The luminosity in control vials is considered to represent 100% of that expected from a bacterial population growing at that temperature and incubation time. Differences in luminosity between the sample and control are expressed as a percentage change.





RESULTS

This study took place toward the end of the austral summer. Prior to and during the fieldwork, weather conditions were good. Precipitation, wind speeds and currents were not measured; records published online show that precipitation and wind speeds were low (< 0.02 inches and 0–10 mph respectively, 21st March – 2nd April1) and that tidal currents near the mouth of the atoll were slow (25th March – 2nd April2).


Physico-Chemical and Biological Parameters


Surface Probe Measurements

Surface probe measurements (Table 2) showed salinity ranges from 33.3 to 34.1 and temperature ranges from 30.9°C to 33.6°C. Temperatures were higher than measurements from the CTD (29.5–31°C, Table 2), probably because they were closer to the surface where there was more solar/atmospheric warming. Dissolved oxygen concentrations were all > 6 mg l–1. Values for pH ranged from 8.1 to 8.4.


TABLE 2. Surface measurements from sensors (surface probe and CTD) and counts for fecal indicator bacteria (colony forming units, CFU, per 100 ml).
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CTD Measurements

The CTD was deployed at 23 stations for near-surface measurements of physical and chemical parameters (Table 2). Vertical profiles were obtained at 7 stations where the water column was deep enough.



Near-Surface Measurements

In general, near-surface sea water outside the lagoon had lower temperatures (< 30°C, Table 2) and higher salinities (> 34.1) than surface sea water inside the lagoon (> 30°C, Table 2; salinity 33.8–35.0, Figure 2 and Table 2). Inside the lagoon, temperatures were generally highest (> 30.6°C) where water was shallow (e.g., near-shore and in Region 2). Turbidity values (Table 2) were also generally higher inside the lagoon, especially in shallower locations (> 0.4 NTU). At ocean stations _01, _02 and _03, average near-surface values were 29.55 ± 0.06°C, 34.16 ± 0.04 salinity and 0.28 ± 0.01 NTU (Table 2).
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FIGURE 2. Near-surface measurements of (A) salinity, (B) nutrient concentrations (as TOxN, total oxidizable nitrogen = nitrate + nitrite), and (C) dissolved oxygen. Oxygen levels below 6 mg l–1 indicate oxygen deficiency. Circles = results from the CTD. Squares = results from the surface probe.


Temperature and salinity at the two outfall sites (29.7 ± 0.15°C, salinity 34.20 ± 0.01) did not show significant differences (Welch 2-sample t-test). Water was more turbid (up to 0.8 NTU) at sewage outfall 1.

Near-surface chlorophyll in the center of the lagoon (Lagoon_02, 06 and 07) and at near-shore stations in Region 3 (Lagoon_09, 10, 11 and 12) was between 0.3 and 0.4 μg chl l–1 at all stations except Lagoon_12 where it reached 0.6 μg chl l–1 (Table 2). Benthic vegetation was observed here, but not at the other near-shore stations. Surface dissolved oxygen levels were near 100% saturation (5.7–6.2 mg l–1, Table 2) at all stations except at near-shore Lagoon_09 where only 70% saturation (4.3 mg l–1) was observed, corresponding with the highest turbidity value.



Vertical Profiles


Lagoon stations 2, 6, 7 (Region 3)

Vertical profiles of water column structure at stations near the entrance to the lagoon (Figure 3) showed temperature, salinity and density stratification. The upper layer (approx. 8 m) of water was warmer (∼ 30.2°C) with lower salinity (∼ 34.1). The deeper layer (below ca 13 m) was colder and more saline. Between these two layers, the water was more mixed indicating the presence of a gradual thermocline.
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FIGURE 3. Depth profiles of water column properties at three lagoon stations close to the lagoon mouth (Region 3): Lagoon_07 (dark blue solid line) closest to the open ocean, Lagoon_06 (light blue dotted line), and Lagoon_02 (red dashed line) furthest into the lagoon. See Figure 1 for station locations.


Chlorophyll values were generally low, with higher concentrations (up to 0.75 μg l–1) at depth. At Lagoon_07 (nearest the lagoon entrance), the chlorophyll peak was at the base of the thermocline. At Lagoon_02 (furthest into the lagoon), chlorophyll levels were highest in deeper water below the thermocline. At Lagoon_06 there was no clear peak. Turbidity was generally low in the upper and mixed layers of the water column (< 0.5 NTU), with highest values near the bed (up to 0.76 NTU) where the sensor deployment may have disturbed soft bottom sediments.

Oxygen concentrations were low (< 6 mg l–1) throughout the water column. Lowest values (5.3–5.7 mg l–1) were observed at the bottom of the water column, below the thermocline, particularly at Lagoon_07.



Lagoon stations 11 and 12 (Region 3)

Depth profiles at two stations (Lagoon_11 and Lagoon_12, Figure 4) at the eastern edge of the lagoon in Region 3 also showed a stratified water column, with a warm layer (∼31°C) in the upper 5 m of the water column and a gradual thermocline extending to around 8 m. Colder, more saline water was present below the thermocline at Lagoon_11, but not at Lagoon_12 which was closer to shore and in shallower water. Compared with the three stations near the entrance to the lagoon, salinity gradients were steeper with slightly lower surface salinity (ca 34) and higher surface temperature.
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FIGURE 4. Depth profiles of water column properties at two stations at the eastern edge of the lagoon (Region 3): Lagoon_11 (dark blue solid line) and Lagoon_12 (light blue dotted line). See Figure 1 for station locations.


Chlorophyll concentrations were highest toward the bottom of the water column, with the highest value observed during this study (∼ 0.9 μg l–1) at Lagoon_11.

At Lagoon_11, oxygen concentrations were approximately 6 mg l–1 through most of the water column, with a band of oxygen deficient water (min: 5.5 mg l–1) just below the thermocline. At Lagoon_12, oxygen decreased sharply at the thermocline to < 5 mg l–1 at the maximum depth sampled (8.8 m).



Lagoon stations 3 and 4 (Region 2)

Vertical profiles in the shallower Region 2 (Lagoon_03 and Lagoon _04, Figure 5) also showed stratification, with warmer (∼30.8°C), lower salinity (∼33.8) water in the upper 3–4 m and cooler, more saline water below the thermocline at 4–5 m. Surface salinity was lower here than at most stations. Both stations showed low turbidity in the upper layer and an increase in deeper waters, though the increase was much more significant at station Lagoon_03. No chlorophyll or oxygen measurements were made here.
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FIGURE 5. Depth profiles of water column properties at two stations in the shallower central area of the lagoon (Region 2): Lagoon_04 (dark blue solid line) and Lagoon_03 (light blue dotted line). See Figure 1 for station locations.






Nutrients

Stations Ocean_02 and Ocean_03 are likely to be the most representative of near-pristine nutrient levels in offshore waters at Diego Garcia. Concentrations of nitrate (TOxN) and phosphate were below the limit of detection (LOD) of the analytical instrument (Table 3). Average surface concentrations here were higher for DIN (1.39 μM) and silicate (1.73 μM, Table 3). Ammonium was the only nutrient contributing to DIN. The ratio of DIN to silicate (0.8:1, Table 3) was close to the Redfield ratio (∼1:1). At Ocean_01, at the lagoon entrance, nutrient levels were higher than at the near-pristine stations. The DIN:P and DIN:Si ratios (34.4:1 and 2:1, respectively, Table 3) were approximately two times higher than the Redfield ratios (16:1 and ∼1:1).


TABLE 3. Concentrations of dissolved inorganic nutrients (μM) at all stations sampled.

[image: Table 3]
At all stations, concentrations of dissolved inorganic nitrogen (DIN, up to 5.7 μM at Beach East Ocean, Table 3) were higher than the near-pristine averages (1.39 μM). Ammonium concentrations (1.47 to 5.53 μM, Table 3) were high and appeared to account for most of the DIN; highest values were estimated at Thunder Cove (4.79 μM) and Beach East Ocean (5.53 μM). At many stations, particularly those in the lagoon, concentrations of nitrate/TOxN (up to 2.91 μM, Lagoon_08, Table 3) were higher than at the near-pristine stations (< LOD, Table 3).

At most stations inside the lagoon, concentrations of phosphate (up to 0.38 μM, Plantation Old Dock, Table 3) were higher than the near-pristine averages (< LOD). At almost all stations sampled, silicate concentrations (up to 9.93 μM, Lagoon_09, Table 3) were higher than near-pristine averages (1.73 μM). Variable DIN:P ratios (4.6–21.1, Table 3) indicate imbalances in nutrient levels, for example due to low phosphate concentrations and relatively high nitrate/TOxN concentrations (e.g., Lagoon_03 and Lagoon_08) and/or ammonium concentrations (e.g., Thunder Cove). DIN:Si ratios were also variable, ranging from 0.2 to 3.8 (Table 3).



Fecal Indicator Bacteria

Very few samples showed the presence of E. coli colonies (Table 2). A maximum of 3 colony forming units (CFU) per 100 ml was recorded at two stations. All results were well below 250 CFU/100 ml (Table 1), indicating ‘excellent’ water quality.



Organic Chemical Contaminants

Contaminants were detected at all sampling stations (Figure 6). Up to five contaminants were detected at five stations (Lagoon_09, Lagoon_10, Leisure Marina, Munition Storage and Outfall S2g). Overall, 41 chemical contaminants were detected (Figure 7; Supplementary Table 1).
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FIGURE 6. Total number of chemicals of interest identified at each station using the GCMS screen. Green bars = stations with ≤ 5 contaminants. Red bar = > 20 contaminants.
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FIGURE 7. Contaminants detected and the total number of stations where they were found.


The most frequently occurring contaminant was the insecticide, N,N-Diethyl-meta-toluamide (DEET), found at 12 stations in the lagoon, five stations at the sewage outfalls, and at all Ocean stations (Figure 7). The highest concentration (∼7.7 μg l–1, Supplementary Table 1) was detected at Thunder Cove. This was the highest concentration recorded for any of the chemicals assessed.

Bromoform (at 18 stations), dibromomethane (at 13 stations) and trichloroethylene (at 13 stations) were the other frequently occurring chemicals (Figure 7). These solvents usually occurred at low concentrations, e.g., at Leisure Marina (∼0.21 μg l–1 bromoform and 0.016 μg l–1 dibromomethane, Supplementary Table 1) and at Munition Storage (∼0.09 μg l–1 bromoform and ∼0.021 μg l–1 dibromethane).

The plasticizer, diethyl phthalate, was detected at five stations: Ocean _02 and _03, and at Outfalls 1a, 2a and 2e. All had estimated concentrations of ∼1 μg l–1 (Supplementary Table 1).

The greatest number of contaminants (21, Figure 6) was detected at Ocean_01 at the entrance to the lagoon. These included fluoranthene and pyrene at low concentrations (∼ 0.001 and 0.002 μg l–1, respectively; Supplementary Table 1). Tris-(2-chloroethyl) phosphate was found at a concentration of ∼0.062 μg l–1. Benzenesulfonamide, N-butyl (also known as N-butyl benzenesulfonamide, NBBS), a neurotoxic plasticizer, was found at relatively high concentrations (∼1.3 μg l–1). At the near-pristine stations, 14 contaminants were detected at Ocean_02, and 10 at Ocean_03 (Figure 6). Fourteen contaminants were detected at Lagoon_01 (Figure 6) where highest indicative concentrations were for benzenesulfonamide, N-butyl (∼0.291 μg l–1) and acetophenone (∼0.153 μg l–1).

At the Waste Management site, 10 contaminants were detected (Figure 6). Contaminants with the highest concentrations were personal care products homosalate (∼0.463 μg l–1), bromoform (∼0.2 μg l–1) and octocrylene (0.158 μg l–1, Supplementary Table 1).

At the sewage outfalls, the main chemical of concern was the flame retardant and plasticizer, Tris-(2-chloroethyl) phosphate, found at a concentration of ∼0.021 μg l–1 at Outfall 2a (Supplementary Table 1).



Heavy Metals

Concentrations of heavy metals across the sampling sites were generally low with most samplers returning concentrations below environmental quality standards (EQS, Table 4). However, several sites showed elevated concentrations (Table 4), particularly for nickel and copper, which were more than double the maximum allowable concentration EQS (MAC-EQS) at some sites. The results for Marina Sample B (3 of 4) (see highlight in Table 4) are clear outliers, possibly due to a sampler deployment issue or contamination and results are not evaluated here.


TABLE 4. Results from metal analysis of samples collected using DGT passive samplers.
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Particularly high values of nickel were recorded from the two samplers placed at the Plantation sampling sites. Concentrations of 196 and 191 μg l–1 were recorded by the two samplers, compared to concentrations of between 2.70 and 28.8 μg l–1 for the other samplers deployed in the lagoon (Table 4). The high concentrations at the Plantation site far exceed the Water Framework Directive (WFD) MAC-EQS for Nickel (34 μg l–1, Table 4).

Concentrations of copper ranged from 1.54 to 17.3 μg l–1 across the lagoon with the highest concentration occurring at Moody Brook. Four of the 11 samplers returned concentrations above the annual average EQS (AA-EQS) of 3.76 μg l–1 (Table 4; UK, 2015), two from Leisure Marina and two from Moody Brook. The annual mean concentration of dissolved organic carbon (DOC) used to determine the EQS was not available but was assumed to be < 1 mg l–1.

Zinc concentrations ranged from 5.87 μg l–1 to 50.4 μg l–1 at Leisure Marina. Eight samplers returned concentrations above the AA-EQS of 7.9 μg l–1. It is worth noting that the EQS for zinc was specifically derived for United Kingdom coastal and estuarine waters (see Table 4 (iv)) and different Ambient Background Concentrations are likely to prevail in Diego Garcia.

Cadmium concentrations varied from 0.05 to 0.35 μg l–1. The lowest concentrations were found at Moody Brook and at the Plantation sampling sites. No concentration was found to be above the lowest MAC-EQS of 0.45 μg l–1, but two samples from the Waste Management Site were above the AA-EQS of 0.20 μg l–1 (EU, 2013).

Concentrations of iron were low across the lagoon and well below the EQS of 1000 μg l–1. Small variations in the concentrations of lead across the site were observed with most estimates around or below the current WFD EQS (1.3 μg l–1, Table 4). No EQS have been derived for total chromium and manganese in the EU or United Kingdom. Chromium concentrations varied from 0.98 to 11.3 μg l–1 with the highest concentrations occurring at the Plantation site and Marina A. Manganese concentrations were consistently < 4 μg l–1 and show little variation across all sites.



Whole Sample Toxicity

None of the samples showed evidence of a reduction in luminosity that would indicate an overall toxic impact from the chemicals in the sample. Most samples showed relatively similar normal growth for seawater samples, with one or two high and low outliers that fell within the normal variability of the test. Normal growth in seawater tends to be 120–130% of the growth in the supplied media.




DISCUSSION

Observations of key oceanographic parameters during this study are consistent with descriptions of the broadscale oceanography and trends in the Chagos Archipelago.

Temperature values on the ocean side of the atoll (< 30°C) were comparable with values from previous studies (see Sheppard and Sheppard, 2019). Although pH was measured at very few (11) locations, the average value (pH 8.3, from Table 2) across all stations was typical for sea water (Sheppard, pers. comm). It was, however, higher than an average value (pH 8.095) we calculated using data (1956–2005) from a location close to Diego Garcia (NOAA Climate Change Web Portal, 2021). Due to the scarcity of field measurements in the region (Lam et al., 2019), an observing network is currently being established in the western Indian Ocean (GOA-ON, 2019; Mwachireya et al., 2018) for studies on ocean acidification. Long-term data and trends in both temperature and pH will be needed to determine future impacts on coral health (Orr et al., 2005; Pandolfi et al., 2011) due to the combined impacts of acidification, which lowers aragonite levels required by corals to construct their skeletons, and ocean warming (Ateweberhan et al., 2013).

Temperature and salinity estimates inside the lagoon were similar to those observed by Sheehan et al., 2019 (< 30.4–31.05, salinity 33.1–34.9) although all our profiles indicated stratification whereas only their density profiles did. Salinity values in this study were lower (33.8–34.1) than those reported by Wang et al. (i.e., 36–38). Reasons for these differences are unclear but are likely to be affected by relative inputs of freshwater, as salinity and density values in Region 2 (where freshwater inputs are likely to be highest) were lower than in Region 3. Rainfall is highly variable and annual averages have shown a significant increase in rainfall since the early 1950s (Sheppard and Sheppard, 2019). Wang et al. (2014) suggested that the inner lagoon waters tend to warm by about 2 °C above the adjacent ocean waters due to the long residence time of the water in the lagoon (due to long flushing times) and the isolation of these waters from cooler ocean waters at depth.

Chlorophyll concentrations in surface waters during this study were low and consistent with other studies (e.g., Resplandy et al., 2009; George et al., 2018). A deep chlorophyll maximum has been observed frequently in the Chagos Archipelago (Fasolo, 2013; George et al., 2013; Dilmahamod et al., 2016). Sheehan et al. (2019) observed a deep chlorophyll maximum in the lagoon itself, in the larger lagoon basin (Region 3), during field work in May 2019. These authors found homogeneous vertical distributions of temperature and salinity and density stratification in the deeper waters. They proposed that these observations might be attributable to ocean flushing with cold, saline, dense water (Sheehan et al., 2019; see also Green et al., 2019). This could also contribute toward natural sources of nutrient input into the lagoon.

Chlorophyll concentrations are generally used as a proxy for biomass of phytoplankton (algal) communities. Where conditions are suitable (e.g., in terms of light levels, water residence times, nutrient concentrations; Painting et al., 2007; Sheehan et al., 2019), they grow rapidly and sustain marine food webs (e.g., Sheehan et al., 2019). However, excess growth may settle out to near the seabed, potentially decomposing there and resulting in oxygen depletion (Painting et al., 2007; Tett et al., 2007). The highest value recorded (0.9 μg l–1 at depth of 8 m) was seen at station Lagoon_12 to the east of the lagoon, possibly due to growth or settlement of primary producers. Good light levels in the lagoon would make it possible for growth at depth, particularly if nutrients are available. Higher turbidity levels at depth may reflect higher concentrations of phytoplankton and other particulate material. The chlorophyll and turbidity levels may also represent re-suspended material, particularly if the sediment here is fine, and vertical fluxes are high due to wind effects or currents. The shallow nature of this station compared to the other stations along the shore means that the mixed layer is close to the bed allowing for easier mixing of chlorophyll from near the bed (perhaps benthic algae) into surface waters compared with deeper stations. Google Earth images (Google Earth, 2020) indicated vegetation underlying station Lagoon_12 and surrounding area. Similarities with verified images from Kiribati (Graves et al., 2021) suggest this may have been seagrass, an important food source for hawksbill and green turtles in the region (Esteban et al., 2018). Although seagrass was found in the lagoon in early studies (Drew, 1980), more recent studies show seagrass to be largely absent, especially near Turtle Cove (Esteban and Mortimer, 2018; Esteban et al., 2018).

Sheehan et al. (2019) observed oxygen deficiency in water below the pycnocline or near the sea bed, suggesting that low oxygen levels are a frequent occurrence and potentially linked with ocean flushing. Low oxygen levels are a concern due to increasing occurrence of hypoxic waters in the region (SenGupta, 1976; Naqvi, 2019) and increasing global frequency of hypoxic hotspots (Diaz and Rosenberg, 2008; Breitburg et al., 2018). During this study, lowest values were recorded in near-surface waters at Lagoon_09 (4.3 mg l–1) and at depth at Lagoon_12 (4.9 mg l–1). Percentage saturation was around 70 and 80%, respectively, at these stations. These levels are above the threshold of 4 mg l–1 (and 40–60% saturation) below which there are likely to be biological effects (Best et al., 2007). Nonetheless, values below 6 mg l–1 are considered to indicate oxygen deficiency (Best et al., 2007). Possible causes of the low oxygen levels include ocean flushing, high water temperatures and decomposition of organic material where the input of nutrients is high, e.g., due to sewage discharges, or high egestion and/or excretion rates by large populations of animals in or near the water.


Nutrients

Surface concentrations of nitrates and phosphates at the near-pristine sites were very low (below the limits of detection), as described by previous authors (e.g., McCreary et al., 2009; Harms et al., 2019; Sheehan et al., 2019). Deeper water masses of different origins are likely to provide the main sources of new nutrients which sustain primary production in the upper mixed layer or in the vicinity of the thermocline (e.g., Lévy et al., 2007; Dilmahamod et al., 2016; George et al., 2018). Insufficient data were obtained during this study to investigate sources and cycling of nutrients, which has been reviewed elsewhere (e.g., Rayner and Drew, 1984; Sardessai et al., 2010; Garcia et al., 2018; Green et al., 2019; Harms et al., 2019; Twining et al., 2019). Observations from the non-pristine study sites suggest that nutrient levels were higher than concentrations that might be expected from the broadscale oceanography, particularly in the lagoon. High nutrient ratios for DIN:P suggest imbalances in nutrients available to primary producers, and phosphate limitation. High levels of DIN were largely due to high levels of ammonium observed in this study, which may be due to human inputs (e.g., sewage) or marine and terrestrial biological communities and processes. These may include high egestion and/or excretion rates by large populations of marine or terrestrial animals such as turtles, seabirds and rats, which are found in relatively high abundances (Rayner and Drew, 1984; Hays et al., 2020; Mortimer et al., 2020). A recent study at the Palmyra atoll, south of Hawaii, for example, suggests that sharks may provide an important source of nutrients to coral reefs (Williams et al., 2018). The lagoon may also accumulate nutrients for other reasons, including high levels of nitrogen-fixing bacteria and input from terrestrial plants (Charpy, 1996; Alongi, 2014; Gove et al., 2016). Ammonium results need to be interpreted with some degree of caution as measurements in preserved samples may be unreliable (Riemann and Schierup, 1978). Establishing improved confidence levels in these measurements and the links between nutrient concentrations and human activities (such as sewage or other waste disposal) will be essential for determining if further management measures need to be put in place and will require monitoring of the frequency and volume of direct and indirect discharges into the marine environment. While undesirable effects of elevated nutrient levels such as excessive algal growth, were not measured during this study, they may contribute toward low oxygen levels observed (see above).

Very low counts of E. coli colony forming units at all sites sampled during this study indicate low levels of sewage contamination at Diego Garcia. The outfalls themselves are relatively well extended from the beach and are very well mixed and diluted as they reach the ocean. Assessments of risks to water quality from bacterial pathogens require relatively frequent monitoring. For example, to meet the requirements of the Bathing Waters Directive (EU, 2006a; see Environment Agency (EA), 2000), sampling is recommended to take place monthly during the season when recreational activities are likely to occur. As a minimum, four samples a year over a 4-year period at each location are recommended, or eight samples within one annual cycle. For future monitoring and assessment of fecal indicator bacteria, sampling frequencies and analytical costs need to be considered. The in-island analytical laboratory could be well placed to undertake such monitoring and assessment in the interest of human health, particularly in the main swimming areas.



Chemical Contaminants and Heavy Metals

The situation of Diego Garcia is fairly unique in that although there is a relatively large population on the island there is none of the usual industry which is typically associated with it, such as farming or manufacturing. Previous investigations into contaminants within BIOT have focused on the concentrations in sediments with samples collected across Diego Garcia and some of the outer islands of BIOT (Readman et al., 2013). Although not directly comparable, their findings showed an environment with minimal human disturbance with the majority of contaminants being below limits of detection (see also Everaarts et al., 1999; Readman et al., 1999).

The Naval Base Guam at Apra Harbor, in the western Pacific, has some similarities to Diego Garcia with a high number of service personnel living and working within close vicinity of sensitive coral reef habitats. Although there is a resident population on Guam, Apra Harbor is mostly used by the US Navy and its enclosed waters would make it a useful comparison for the lagoon at Diego Garcia. As for Diego Garcia, only limited studies have been carried out to assess the levels of contaminants within the harbor. Through analysis of sediments, increased levels of copper and zinc were found within the harbor (Denton et al., 2005) whilst other contaminants were found to be very low (Denton et al., 2006). The Apra Harbor data mirror what was identified here in water samples from the main boating areas at Diego Garcia. Although further investigation into the long-term release of contaminants into the lagoon at Diego Garcia is needed, the low levels seen during this investigation and the results from similar US facilities indicates that at present the measures being put in place by the US military and the BIOT Administration are reducing the impact of these large facilities.


Organic Chemical Contaminants

None of the chemical contaminants detected during this study were at levels suggested to be toxic although a few were within a factor of 10 of accepted standards. This was supported by the lack of toxic response in the toxicity assays. Contaminants listed as Priority Substances were largely absent from the results. The exceptions were the PAHs fluoranthene and pyrene, detected at the lagoon mouth (Ocean_01) and at Moody Brooks below levels indicating concern. Both fluoranthene and pyrene are listed as candidate Substances of Very High Concern (SVHCs) under the EU REACH regulations. Fluoranthene has a Maximum Allowable Concentration (MAC) Environmental Quality Standard (EQS) of 0.12 μg l–1 in surface waters (Directive 2013/39/EU). It is possible that other PAHs could be detected using targeted analyses, rather than a screening approach which does not detect all contaminants regulated in the European aquatic environment.

Substances classed as volatile solvents were the principal contaminant in samples. The most common was bromoform, which was detected at concentrations (0.06 to 0.21 μg l–1) well below the predicted no-effect concentrations (PNEC, i.e., 1.3 μg l––1 evaluated at a 95 percentile3). Disinfection of drinking water and release of waste water into the marine environment are possible sources of both bromoform and dibromomethane. Both are also naturally occurring chemicals, for example bromoform can be synthesized by phytoplankton, particularly in coastal waters (Stemmler et al., 2015).

The most frequently occurring contaminant was N,N-Diethyl-meta-toluamide (DEET) which is widely used an insect repellent and may enter the marine environment in many ways, e.g., through washing off swimmers and through wastewater discharges from showering and laundry (Weeks et al., 2012). It does, however, biodegrade in seawater, and is considered to have a low bioaccumulation potential. DEET is considered to be acutely toxic to some aquatic species at concentrations ranging from 4 to 388 mg l–1 (Weeks et al., 2012), which is orders of magnitude higher than the highest concentration (7.7 μg l–1) found in this study.

Benzenesulfonamide, N-butyl (or NBBS) is commonly used as a plasticizer, producing films, transparent coating, and plastic resins. In terms of industrial uses, NBBS can be released into the environment from machining of materials and use in long-life outdoor and indoor materials e.g., furniture. NBBS is not readily biodegradable and is considered to be persistent and mobile, particularly when discharged after sewage treatment (Blum et al., 2018). There is a general paucity of studies on the acute and chronic toxicity of NBBS to different marine species. It is considered that an accidental release to sea water may pose a danger to fish (low toxicity), invertebrates (low toxicity) and aquatic plants (low toxicity) prior to degradation.



Heavy Metals

Elevated copper levels at the Marina and Moody Brook were likely to be related to boat activity and copper from antifouling paints. These were above European standards set to prevent negative impacts particularly on juvenile and larval mollusks. The slightly elevated zinc in these areas could also be due to zinc sacrificial anodes, used on boats to reduce metal corrosion.

The Waste Site samples, which were taken adjacent to metal waste that had collapsed into the water, showed surprisingly low metal concentrations, although there was some evidence of elevated nickel on two of the three samplers deployed.

The most obvious variations seen were for the Plantation site where passive samplers picked up higher concentrations of chromium and nickel compared to other sites sampled. Although the site is now relatively quiet and secluded from human activity, it used to be the largest of four working coconut plantations on the island. Any use of inorganic fertilizers might be a potential source of heavy metals, e.g., from run-off due to high precipitation levels or from freshwater ponds located nearby. The Plantation site used to be the largest civilian settlement in the archipelago and was the administrative capital until the depopulation of the territory, so there may be a range of legacy contaminants in the area. The site was also where coal resupply barges were moored, and transport ships were loaded with supplies of coconuts. Perhaps more critical was the use of the area as a seaplane base, with at least one wrecked flying boat in the jungle nearby. Aeronautical alloys feature large amounts of chromium and nickel so it’s possible that metals are leaching into the water from this wreck or other pieces of metal wreckage in the vicinity.

Direct comparison of DGT data against EQS levels need to be treated with caution, particularly where DGT levels were just below EQS values. The EQS levels were derived from total dissolved concentrations whereas DGTs measure only the metal labile fraction. In the cases where DGT levels exceeded the EQS (e.g., nickel, zinc, copper), the findings are clear. Nonetheless, no toxic response was observed in the toxicity assays.





CONCLUSION

Background levels of nutrients and pollutants at Diego Garcia are poorly understood but are essential for assessing human impacts on water quality. Concentrations of dissolved inorganic nutrients (nitrate and phosphate) were low at near-pristine sites. Concentrations of total dissolved inorganic nitrogen (DIN) were high at all sites due to ammonium and may be attributable to biological communities in the region rather than anthropogenic waste discharges, as fecal indicator bacteria were below detectable levels. Inside the lagoon, oxygen deficiency observed in some locations may be a consequence of broadscale oceanographic processes rather than nutrient pollution. At some sites, heavy metals (cadmium, nickel, zinc and copper) were higher than environmental quality standards (EQS) but did not show toxicity effects. Results indicate low levels of pollution overall. However, levels of nutrients, oxygen deficiency, chemical contaminants and heavy metals at some sites inside the lagoon may be a concern given the slow flushing rates of the lagoon and will inform future monitoring and assessment of environmental health at Diego Garcia. Interpretations and conclusions from the field work need to take account of limitations to the sampling and analyses undertaken, including the number and location of sites sampled, and the remote location. A similar study in another UK Overseas Territory (St Helena Island; Painting et al., 2021) highlights growing concern and commitment to investigating potential water quality issues in these remote locations. Establishing baseline environmental conditions is essential for future management and conservation of these areas, which are likely to be under increased threat from global changes and increasing development.
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FOOTNOTES

1See https://www.wunderground.com/history/daily/io/diego-garcia/FJDG/date/2019-3-31. Confirmed by BIOTA, pers. comm.

2See https://www.findtide.com/1185-2021-04-01.html

3https://echa.europa.eu/registration-dossier/-/registered-dossier/27552/6/1
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Marine mammal sightings were recorded during research cruises to three remote, mid-ocean British Overseas Territories in the South Atlantic and Southern Ocean. In March to April 2018 and 2019, the Exclusive Economic Zones (EEZs) of tropical St Helena and temperate Tristan da Cunha were surveyed. The sub-polar waters of South Georgia and the South Sandwich Islands (SGSSI) were surveyed in February to March 2019. At St Helena in 2018, five species were recorded during 11 sightings, and in 2019, four species, with one additional unidentified species, during seven sightings. Most of these sightings were of dolphin species, which are known to be resident around the Island and seamounts. In Tristan da Cunha in 2018, a total of five identified and one unidentified species were recorded during six sightings, half of which were associated with the Islands or seamounts. In 2019, due to rough weather, no sightings were recorded in the Tristan da Cunha waters. Around SGSSI, 162 sightings of 236 cetaceans were made in 2019, mostly of baleen whales, with seven species identified with certainty. Sightings around the southern South Sandwich Islands included beaked whales and large dolphins, whereas baleen whales dominated in the northern South Sandwich Islands. These results provide new data for rarely surveyed regions, helping to build a spatial picture of important areas for marine mammals, which will help inform marine spatial protection strategies.

Keywords: St Helena, Tristan da Cunha, South Georgia and South Sandwich Island, Marine protected area, whales and dolphins


INTRODUCTION

The remote British Overseas Territories in the South Atlantic (St Helena and Tristan da Cunha) and in the Southern Ocean (South Georgia and the South Sandwich Islands - SGSSI) span the global migration routes of cetaceans, from tropical breeding to polar feeding grounds (Figure 1). The exclusive economic zones (EEZs) of these territories also provide habitat for resident cetacean populations. However, due to their remoteness the lack of, or limited data, makes it difficult to assess cetacean populations within these territories and how they have changed since or recovered from historical whaling (Best et al., 2009). St Helena is tropical with one main Island (12–19°S), while Tristan da Cunha is further south and spans the sub-tropical convergence (33–43°S) with three main Islands in the northern group and Gough Island to the south. The territory of South Georgia and South Sandwich Islands (SGSSI) is within the Southern Ocean. The main island of South Georgia is at the northern limit of the Southern Ocean (54°S) while the island archipelago of the South Sandwich Islands is located further south (56–59°S); both lie within the Scotia Sea and due to their position receive strong advective flow of the Antarctic Circumpolar Current (ACC). The southern South Sandwich Islands regularly experience seasonal sea-ice cover in the austral winter (Trathan et al., 2014).
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FIGURE 1. Survey locations in three Atlantic British Overseas Territories in 2018 and 2019: tropical region around St Helena, temperate region around Tristan da Cunha, and sub-polar region around South Georgia and South Sandwich Islands. Boxes indicate the locations of the territories.


Despite their different climate zones, all three territories are characterized by deep oceans with steep-sided volcanic seamounts and guyots rising from the deep ocean floor (Makler and de Matos Mello, 2007; Geissler et al., 2020); only the island of South Georgia has a significant area of shelf shallower than 700m deep distinguishing it from the rest of SGSSI (Hogg et al., 2016) and the Atlantic territories. The seamounts and shelf breaks provide upwelling areas of productivity, supporting a rich food chain that includes many cetacean species (MacLeod and Bennett, 2007; Rossi-Santos et al., 2007; Best et al., 2009; Calderan et al., 2020; Jackson et al., 2020). An understanding of which areas within the exclusive economic zones are key regions for biodiversity, the “biodiversity hotspots” (Hogg et al., 2016; Requena et al., 2020), is required to inform management decisions. The maritime zones of St Helena and Tristan da Cunha territories are economically and culturally important to the Islanders, and all three territories have spatial marine protection, with a mixture of closed and sustainable use zones. The Governments of these three territories have signed up to the United Kingdom Government’s Blue Belt Programme to further develop their marine protection zones and management strategies. The jointly funded Blue Belt and UKRI funded British Antarctic Survey cruises visited St Helena and Tristan da Cunha in the austral autumn of 2018 and 2019. The Blue Belt Programme further funded a survey of the South Sandwich Islands in austral autumn 2019. During these surveys, cetacean observations were conducted to provide up to date information on cetacean species within these three rarely surveyed Atlantic overseas territories with the aim that this new data will feed into marine spatial planning and management.



MATERIALS AND METHODS


Surveys

The remote British Overseas Territories of St Helena and Tristan da Cunha, in the South Atlantic, and South Georgia and the South Sandwich Islands, in the Southern Ocean, were surveyed during research cruises on the RRS James Clark Ross (JR17-004; Morley et al., 2018) in Tristan da Cunha’s and St Helena’s EEZs (23 March – 1 April and 5–12 April 2018 respectively).

In 2019, surveys were on the RRS Discovery in South Georgia and South Sandwich Islands (14th February – 10th March; DY99; Darby et al., In Prep.), Tristan da Cunha’s EEZ (21–31 March; DY100; Whomersley et al., 2019) and in St Helena’s EEZ (5–14 April; DY100). Survey tracks are shown in Figures 2A,B, 3.
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FIGURE 2. Cetacean sightings around St Helena in 2018 (JR17-004) and 2019 (DY100). (A) St Helena island, Bonaparte and (B) Cardno and Southern Cross seamounts are labeled. Further details are given in the Supplementary Data Table.
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FIGURE 3. Cetacean sightings around Tristan da Cunha in 2018 (JR17-004). Sea state was too rough for any observations to be made in 2019. Tristan da Cunha, Crawford, Yakhont, McNish and R.S.A. seamounts are labeled.




Survey Methods


Tristan da Cunha and St Helena

In Tristan da Cunha and St Helena, opportunistic observations were made by two experienced marine mammal observers, using handheld binoculars, during two multidisciplinary research cruises to assess the shelf biodiversity (shallower than 1000m) in March-April 2018 and 2019. The vessels stopped frequently at multiple sampling stations concentrated around the seamounts. The two research cruises were an opportunity, during transit and when sampling, to survey for presence or absence of marine mammals in the large, mostly pelagic EEZs of Tristan da Cunha and St Helena that are difficult for small vessels to access. Surveys were at a time of a year when very little previous data has been collected. Observers identified species and recorded low, high and best estimates of group sizes, while the vessel continued along its course. The best estimate was reported as the group size. Since these were not dedicated marine mammal surveys, no deviations from the transit track line were made, so, depending on sea state, individuals were visible for approximately 20 min. Sampling effort for Tristan da Cunha and St Helena is detailed in Table 1. When seas were calmer than sea state 6, two observers scanned for wildlife from the bridge wings. When the ship was sampling at stations on Yakhont and Crawford seamounts, single observers alternated 2-h shifts throughout the same daytime periods. In 2019 during DY100, both Tristan da Cunha and St Helena surveys overall experienced rougher seas (higher sea state) and poor visibility conditions than in 2018 impacting observer hours and sighting opportunities.


TABLE 1. Details of survey effort at Tristan da Cunha and St Helena.
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South Georgia and the South Sandwich Islands

During DY99 around SGSSI on the RRS Discovery, vessel transit was used as the basis for transects with observation effort using distance sampling, with two observers and separate viewing points on the vessel (Buckland et al., 2001). Observers were located on the bridge deck on the port and starboard side, and during observation effort periods, observations were made from −10 degrees to 90 degrees on the starboard side and from −90 degrees to 10 degrees on the port side, thus ensuring a 20-degree overlap in observation sector at the bow of the ship. Observations were made when in transit in daylight hours and sea state calmer than 6.



RESULTS

The complete list of sightings from all three surveys is presented in the Supplementary Table. Key sightings are discussed by territory and summarized in Table 2.


TABLE 2. Summary of sighting group size per species and sampling effort.
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St Helena

In both years, most sightings were of known resident dolphin species, associated with the islands and seamounts (Clingham et al., 2013). Three species, pantropical spotted (Stenella attenuata), bottlenose (Tursiops truncatus), and rough-toothed dolphins (Steno bredanensis) were sighted, with the largest group consisting of 150 bottlenose dolphins. In 2018 five species were recorded during 11 sightings. Within these were four sightings of 17 sperm whales (Physeter catodon), but no sperm whales were recorded in 2019. Conversely, three humpback whales (Megaptera novaeangliae) were seen in 2019 but none in 2018. Humpback whales were one of five species recorded, one of which was unidentified, during six sightings in 2019.



Tristan da Cunha

In 2018 six out of seven sightings were of toothed whales (Odontocetes), including pods of long-finned pilot whales (Globicephala melas) and long-beaked common dolphins (Delphinus capensis) as well as a killer whale (Orcinus orca) and an unidentified beaked whale. In 2019 sea state was consistently greater than 6 and so no sightings were recorded.



South Georgia and South Sandwich Islands

Observers completed 67 h of marine mammal observation in total, covering a total of just over 800 nautical miles. The black lines in Figure 4 show the observation effort transects within 200 nm of SGSSI. A total of 326 cetaceans were counted during these observations. The most frequently observed cetaceans, seen throughout the entire survey, were humpback whales, followed by hourglass dolphins (Lagenorhynchus cruciger), groups of pilot whales (Globicephala spp.), and fin whales (Balaenoptera physalus). Other less frequently sighted species included blue whales (Balaenoptera musculus), minke whales (Balaenoptera bonaerensis), sperm whales, and beaked whales (Ziphiidae). Additional species were recorded with some certainty but are reported here as “unidentified” in the Supplementary Data Table. Of note was the difference in species seen in different regions. Around South Georgia and to the north of Montagu Island (58.3°S, 26.2°W), cetacean sightings were primarily of humpback and other baleen whales. Baleen whales remained the most frequent encounters from Montagu Island southwards; however here, pilot whales were also encountered on several transects, as well as hourglass dolphins and beaked whales.
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FIGURE 4. Observations of identified marine mammals within 200 nm around South Georgia and South Sandwich Islands in 2019 (DY99). The main island of South Georgia and the South Sandwich Islands are labeled. Further sightings with less certain IDs are reported in the Supplementary Data Table.




DISCUSSION

The data collected during these surveys will add to the knowledge of current cetacean group size around these remote British Overseas Territories (Supplementary Data Table). All three territories are known areas for humpback and sperm whales (MacLeod and Bennett, 2007; Rossi-Santos et al., 2007; Best et al., 2009), which were subjected to commercial whaling for periods during the 19th and 20th centuries until the whaling moratorium in 1986. Since the moratorium, the recovery of some populations from near extinction has been a significant conservation success (Cooke, 2018; Zerbini et al., 2019). With this recovery it is possible that cetaceans could be returning to some of the lesser-known areas within their historical ranges. However, there are emerging threats, particularly from climate change impacts on food availability, e.g., krill, Euphausia superba, in the Southern Ocean (Atkinson et al., 2019; Morley et al., 2020). Pollution, such as plastics, are increasing globally (see Barnes et al., 2018 for the Atlantic) and negative impacts of macroplastics on cetaceans are regularly reported (Roman et al., 2020). To monitor the impacts of these emerging threats, any information that will improve the knowledge of locations used by cetaceans as their populations recover and start to spread back into previous grounds, will aid zonal planning and ecosystem based management of fisheries (e.g., Requena et al., 2020).


St Helena

The majority of previous sightings at St Helena were of species of dolphins, pantropical spotted, bottlenose, and rough-toothed (MacLeod and Bennett, 2007; Clingham et al., 2013). These are species that are known to be associated with the island shelf and the seamounts, and although the bottlenose dolphins are least likely to be sighted between February and May (Clingham et al., 2013), both our surveys recorded them in April. Our survey shows that the decrease in the number of observations during this period (Clingham et al., 2013) may be a result of dolphins spending more time further offshore where they will be observed less frequently by inshore surveys, rather than them migrating away from St Helena waters.

St Helena is a known wintering ground for several cetacean species but there is very limited knowledge of which populations use these waters (Whitehead, 2003; MacLeod and Bennett, 2007; Clingham et al., 2013). Our surveys around St Helena were outside of previously described peak seasons for humpback whale abundance, which occurs during the austral winter, July to October (MacLeod and Bennett, 2007). Our sightings of humpback whales during April suggests that more research is required throughout the year to fully understand the distribution and group size of this species in St Helena waters. Further records of predominantly anecdotal sightings collated by St Helena Government are also helping to build knowledge of humpback whales outside of peak season.

While there are limited historical records of hunting of sperm whales around St Helena (Clark, 1887; Perrin, 1985), the migratory behavior of this species within the tropics is uncertain (Whitehead, 2003), so it is not clear if sperm whales use St Helena waters throughout the year. No sperm whales were recorded by MacLeod and Bennett (2007) in the austral winter of 2003, a survey that largely focused on areas close to shore. Between 2003 and 2012 dedicated marine mammal monitoring only recorded anecdotal sightings of sperm whales, one from a fisherman, one from a visiting yacht (Clingham et al., 2013) and a pod of 20 from an unknown source in 2009. The sightings of sperm whales in 2015 and 2018 once again highlight the value of these surveys and that more observations are required.



Tristan da Cunha

The sightings in Tristan da Cunha’s waters were also mostly of species that are sighted throughout the year, with more than half the sightings from around the seamounts. Sightings were mainly of Odontocetes (toothed whales), mostly pods of pilot whales, which has previously been recorded from sporadic sightings and strandings (Scott, 2017). One beaked whale was sighted in the 2018 survey, but the sea state was too high for it to be identified to species. Tristan da Cunha is also a known location for beaked whale strandings, and the first live sighting of Shepherd’s beaked whale since 2012 was recorded in 2017 (Best et al., 2009; Thompson et al., 2019), confirming the persistence of a population in Tristan da Cunha waters.



South Georgia and South Sandwich Islands

Whales were exploited from the beginning of the 20th century, with whaling focusing on the waters around the island of South Georgia and on three main species: blue whales, fin whales, and southern right whales (Clark, 1919). By 1965 around 175,250 whales had been processed on South Georgia, and the local whale populations were close to being depleted (Moore et al., 1999), leading to an effective end of industrial whaling in this region. From 1979 to 1998, the main species sighted around the island of South Georgia were fin whales, sei whales, humpback whales, southern right whales, minke whales, southern bottlenosed whales, sperm whales, killer whales, and pilot whales (Moore et al., 1999). The peak abundances were recorded during February and March (Moore et al., 1999), with southern right whales being the most commonly recorded. A survey around the island of South Georgia in 1997, largely in depths shallower than 2000 m, recorded a total of 57 cetaceans over 27 sea days, and was again dominated by southern right whales (Moore et al., 1999). During a survey of the South Georgia shelf in 2018 southern right whales were also the most commonly encountered species (Jackson et al., 2020).

Twenty-two years after the Jan-Feb 1997 survey, the DY99 survey recorded more than five times as many cetaceans (326) over 13 sea days within 200nm of the coast. These differences could be because DY99 only completed two tracks at depths shallower than 2000m to the north of South Georgia, the remaining observations were further off-shore from the Island of South Georgia than the majority of the previous surveys. The species composition recorded during the DY99 survey was similar to the 1997 survey, except that the most frequently recorded species in 2019 was the humpback whale and no southern right whales were seen. This may be due to the different focus of these surveys between coastal versus offshore waters (e.g., Hedley et al., 2001). The frequencies of species sightings have changed over time around South Georgia (Richardson et al., 2012; Calderan et al., 2020) with humpback whales becoming increasingly common in recent years (Jackson et al., 2020). Previously a very rare sighting, blue whales have been seen more frequently since 2018 (Richardson et al., 2012; Calderan et al., 2020). Both 2019 surveys, the DY98 survey in January/February (Baines et al., 2019) and the DY99 survey in February/March, recorded humpback whales as the most frequent sighting, not only across South Georgia, but also across the South Sandwich Islands as well.

The 1997 survey did not record major aggregations of cetaceans, which sharply contrasts with February records from the whaling era (Moore et al., 1999). The largest single species group sighting recorded during the DY99 survey consisted of nine large dolphins. Groups greater than 25 were observed during DY99 but these consisted of aggregations of multiple species. There is some evidence that larger groups of humpback whales are being seen again, as recorded by the Groundfish Survey in 2015 around Shag Rocks (unpublished data). The Scotia Arc humpback whales largely breed off the coast of Brazil, where humpback whale group size has increased over the past decades (Bortolotto et al., 2017; Zerbini et al., 2019). The increased sightings around South Georgia and South Sandwich Islands could be a consequence of a continued recovery of these humpback whale populations (Jackson et al., 2020).

Dedicated surveys of cetaceans in the waters surrounding these three British Overseas Territories have been relatively limited, although they have increased in recent years, particularly around South Georgia (see Calderan et al., 2020). Thus these opportunistic data, during marine ecosystem research cruises, provide valuable information on the distribution of cetaceans in these territories and can help inform about the trajectories of whale populations, in particular, where future studies should focus. Further dedicated ship-based cetacean surveys, will allow further opportunities for species to be identified. Combining these with acoustic sound trap studies that are being conducted in South Georgia, and are planned for Tristan da Cunha, will lead to a greater understanding of cetacean group size and distribution, contributing to management of the biodiversity of these remote oceanic territories.
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The global COVID-19 pandemic of 2020 has forced small island states to make rapid changes to the way they manage their marine estates following changes in global shipping practices and access which are essential for the supply of food items and island’s infrastructure. Following the closure of the border of neighboring French Polynesia, changes had to be made to the Pitcairn Islands’ sole supply vessel route, which resulted in the vessel requiring to set anchor on arrival at the island to conserve fuel. Considering this change and to ensure the continued protection of vulnerable coral habitats the local government has had to make swift decisions to identify anchoring zones that minimize seabed disturbance. Data collected in January 2020, just prior to the pandemic, were assessed using a rapid assessment method and combined with earth observation data to create the first shallow water (<∼20 m) habitat map of this island. The results show the distribution of vulnerable coral communities and other habitats, achieving an accuracy of 68% compared with previously collected datasets making the results the best available evidence for management purposes. Although the seabed data were not originally collected for this analysis, having both video and stills imagery aligned with global positioning meant a rapid assessment method could be easily applied to the data. The assessment technique used has resulted in the first reliable habitat distribution maps to be produced in a management critical timeframe, providing managers with the evidence they required to make informed decisions relating to the protection and conservation of Pitcairn’s pristine, marine habitats during these unprecedented times.
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INTRODUCTION

Over the past decade “Large Ocean States” have been the main driver behind the creation of large scale marine protected areas (MPAs; Chan, 2018). By the end of 2020, all but one of the top 10 largest MPAs by area, whether sorted by highly protected or mixed-use categories, can be found around these large ocean states or autonomous territories (MCI, 2020). Although highly ambitious there can be difficulty in managing these extensive areas with many of these large ocean states having small populations and very small teams of scientists, marine managers, and enforcement staff (Jones and De Santo, 2016). Changes in the environment and in human behavior create additional challenges for marine managers which need to be overcome to ensure that these valuable areas can remain or become productive and healthy.

For many of these Large Ocean States climate change and the associated pressures will be the main driver behind management in the future. The predicted increase in extreme weather events under current climate change scenarios (IPCC, 2018) will mean managers are going to need to react quickly to changing situations to ensure that their marine environment is protected against negative impacts. Threats to fish populations, tourism opportunities and the removal socio-economic benefits to the local and international population will have to be answered (Forster et al., 2014; Browning et al., 2019). To counter the impact of extreme weather and climate, management measures are tailored toward building ecosystem resilience and ensuring that recovery can take place unimpeded by ongoing human activities that could have a negative impact on the marine ecosystems (McMillen et al., 2014; Anthony et al., 2015).

Human pressures can be managed more directly through restrictions and legislation which are designed to reduce the impact of each activity on coastal ecosystems. Where natural or climatic pressures occur in the same spatial and temporal zone as more direct human pressures, there can be a cumulative impact on the ecosystem (Judd et al., 2015). Although little can be done by local managers to reduce the immediate pressure from a natural/climatic source, such as following a cyclone, managers can reduce the overall impact on the ecosystem by focusing their efforts on reducing the pressure from direct human activities such as extractive or polluting activities (Anthony et al., 2015). To ensure that situations are not exacerbated by management decisions, it is important that managers have access to the best possible evidence (Hayes et al., 2019). It is preferable to gather all the available evidence needed to make those decisions and where the evidence base does not exist, new data are collected to inform the decision (Shucksmith and Kelly, 2014). Following a storm event or the onset of a global pandemic, it may not be possible to collect new data. In these situations, being able to make use of existing datasets to meet the demands of the decision-making process can help reduce the immediate need for new data (Addison et al., 2018).

The Pitcairn Islands are a group of islands located in the central South Pacific, consisting of one volcanic island and three coral atolls. Of the four islands only the second largest, Pitcairn Island, is inhabited with a resident population of approximately 52 (GPI, 2020). The Pitcairn Islands are home to some of the most southerly warm water coral reef systems in the world. Across the four islands 87 species of hard coral have so far been recorded (Irving and Dawson, 2012). Pitcairn Island, being the most southerly, has only 24 recorded coral species. Coral cover at Pitcairn Island is much lower than the other three islands of the group with an average coverage of 5.2% compared to 56.3% at Ducie, 27.8% at Oeno, and 23.5% at Henderson (Friedlander et al., 2014). The comparatively low coverage at Pitcairn Island is likely to be associated with the cooler more southerly latitudes and the high densities of macroalgal species resulting from rain induced run-off (Irving and Dawson, 2013). The most abundant species at Pitcairn Island are Pocillopora verrucosa, Porites lobata, Pocillopora eydouxii, and Millepora platyphylla (Friedlander et al., 2014). Coral cover can range from 5 to 80% with several high density coral cover areas recorded off the north-east and east of the island (Irving and Dawson, 2012). The remainder of the habitats are dominated by macroalgae species including the species Lobophora variegata, Halimeda minima, and the encrusting Lithophyllum kotschyanum (Friedlander et al., 2014).

All imports to the islands arrive via a supply vessel that runs between the Pitcairn Islands and New Zealand and transports people on and off the island via the nearest airport in Mangareva over 500 km away in French Polynesia. Following the global outbreak of the COVID-19 pandemic, the borders of neighboring French Polynesia were closed to the supply vessel, restricting the movement of people off the island. To maintain the needs of the islanders, the frequency of the supply run between New Zealand and Pitcairn was increased. However, to conserve fuel and ensure this route remains financially viable, the supply vessel needed to set anchor while at Pitcairn Island. Previously, due to the quick turn-around times while at Pitcairn and Mangareva there was no need to anchor. Although, anchorages are charted around the island, these are not based on ecological data and just on suitable holding grounds and shelter. Concern has been previously highlighted about the potential impact of anchoring at Pitcairn Island from the supply vessel, visiting yachts and cruise ships (Dawson et al., 2017).

Although previous diver-based investigations of benthic assemblages have taken place around Pitcairn Island, no attempt at describing the full spatial distribution of the different benthic habitats has been undertaken. There is a lack of evidence for the placement of safe anchoring zones which will not impact the potentially fragile coral habitats. The establishment of new “no anchor zones” were a priority of the Government of the Pitcairn Island. However, the urgency which has been brought about by the changing situation caused by COVID-19 has meant that community and substrate information was required to inform the decisions around anchoring quickly. Seabed video, for the analysis of benthic species and habitats, is collected widely by many institutions studying the marine environment. Following collection, analysis can range from an expert assigning a general habitat classification, to identifying and counting each individual seen in the data. The different analysis methods vary in the resolution of detail which is garnered and the time it takes to undertake the analysis with speed often being a trade-off for detail (JNCC, 2019).

The method used here to analyze existing datasets tries to strike a balance between gathering enough information on habitat types and abundance of key species to make an informed decision and the requirement to produce usable maps within less than a month. The study used benthic video data, combined with high resolution earth observations (EO) data already held by the island, to create a new substrate/habitat map for the shallow area around Pitcairn Island. The results of this were then used by the Government of Pitcairn Islands to manage the anchoring around Pitcairn and ensure the protection of vulnerable habitats.



MATERIALS AND METHODS


Earth Observation Images

Seabed video stations of the original survey were positioned following interpretation of multispectral EO data collected by the European Space Agency’s Sentinel 2A instrument on August 29, 2019. Data was received as Level 2 processed to bottom-of-atmosphere reflectance at a resolution of 10 m.

Higher resolution EO data, obtained for a previous project was used to increase the resolution of the maps. The multispectral data from the WorldView 2 instrument dating from May 11, 2018, arrived as two tiles, a western tile and an eastern tile, with a horizontal resolution of 1.6 m and had been pre-corrected to the bottom-of-atmosphere reflectance. The data underwent several processing steps including cloud and land masking and sun glint correction before being used for mapping. Three new layers were also created using the depth invariant index to remove the impact of the water column. Differences in the spectral values between the two tiles meant that they could not be confidently merged resulting in the tiles being processed separately with the final classification maps merged at the end to form the final full coverage map. To ensure that the 2018 data still represented what was identified during the 2020 survey a comparison of low-resolution open access datasets was made.

Data collected around the same time as the high-resolution data (Sentinel 2A from February 25, 2018) and data from around the time of the video survey (Sentinel 2A from February 5, 2020) were compared. Comparisons were made using a multitemporal change detection method based on outlier detection (Desclée et al., 2006), although for this study the comparison was not tested for accuracy as data was not available. A low level (4.3% of the survey area) of statistically significant change in spectral values had occurred between the datasets. Visual interpretation of the identified changed areas indicated that many of the changes are likely to have resulted from misregistration between the two datasets and not from actual changes in the seabed. Changes in the seabed between 2018 and 2020 was therefore felt to be small enough to not cause problems in the mapping process.



Seabed Video Data

Seabed video data were collected by Joint Nature Conservation Committee (JNCC) and Centre for Environment, Fisheries and Aquaculture Science (Cefas) between 12 and 17 January 2020 during a seabed groundtruthing and coral reef monitoring expedition to the Pitcairn Islands. A total of 58 camera tows were completed during the expedition to gather data to feed directly into the management of the marine environment within the Pitcairn MPA.

The equipment was deployed from the vessel “Via Papa,” an open 6 m local vessel primarily used for fishing the inshore waters around Pitcairn. Seabed video was collected using a drop-down camera frame fitted with a GoPro Hero 7 video camera and an Olympus TG-5 stills camera fitted with a strobe flash. The frame was also fitted with two lasers for scaling images. However, due to the ambient light in the water the lasers were found to be ‘flooded’ out of most of the video. The drop frame was guided to the seabed using a mobile fish finder which allowed the user to maintain the frame approximately 1–2 m above the seabed. Once near the seabed the vessel and drop-down camera frame drifted with the prevailing wind for 10 min resulting in video tows of between 100 and 300 m depending on conditions.

Stations were positioned following interpretation of lower resolution Sentinel 2 data. The blue band, which has greatest depth penetration, underwent an unsupervised classification using the mean-shift segmentation and ISO unsupervised classification tools in ArcGIS v10.5 to split the seabed into classes of similar spectral properties (Esri, 2019). Stations were positioned randomly within each of these classes with the proportion of stations reflecting the total area coverage of each class (Figure 1). Upon request from the Government of the Pitcairn Islands ten stations were placed within Bounty Bay, just off Adamstown Harbour, with seven stations positioned in an area being considered for the placement of a permanent mooring for the supply vessel. Seabed videos were originally collected to assess the coral and other benthic communities around the island. The videos were collected in a manner that allowed individual colonies to be identified to the lowest taxonomic level and to monitor the health of the coral habitats. The total number of stations was limited by the time available to the survey team. The remoteness of the Pitcairn Islands meant that there was a fixed window between supply vessel runs in which the survey could take place.
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FIGURE 1. Sampling locations around Pitcairn Island based on a random stratified design using the unsupervised classification of Sentinel 2A multispectral data as the units. The different colored areas represent the six predicted habitats/classes (0–5) which were grouped based on similar spectral properties of the blue band.




Video Analysis

The seabed video underwent a “rapid assessment,” recording the relative abundance of several key species. Species abundance was recorded using the SACFOR scale, which is used to estimate numbers or benthic coverage based on the typical size of the species (Hiscock, 1996). The scale was developed to support the observations of marine organisms in a semi-quantitative manner and provides a means of comparing the abundance and coverage of different species. The scale runs:


•• Super-abundant (S)

•• Abundant (A)

•• Common (C)

•• Frequent (F)

•• Occasional (O)

•• Rare (R)



The size of the individuals and whether the species is encrusting or massive play a part in how the scale is associated with coverage and total numbers (Table 1). This makes it possible to compare different morphotypes quickly and easily based on their impact on the scene.


TABLE 1. The SACFOR abundance measure and how it is applied to different morphotypes and size classes. From Hiscock (1996).

[image: Table 1]
The benthic groups which were selected for the rapid assessment were primarily based on the management needs to identify areas of coral for protection. Additional classes were based on reviews of previous studies around the island and on the survey scientists’ experience in the field. The five taxonomic groups identified were: hard corals, hydrocorals, macroalgae, pencil urchins, and holothurians. Although hard corals and hydrocorals often perform the same ecological role, they were reported on separately here following the guidelines set out by Global Coral Reef Monitoring Network (GCRMN) where hydrocorals are reported in the “Other” category (Moritz et al., 2018). Proportions of sand and rock, as an estimate of percentage cover, were also recorded for each transect. Videos were watched at 1× speed allowing the analysis of all the video data to occur over a few days. The semi-quantitative analysis of the video data was undertaken by four different operators. To ensure consistency between the operators, 10% of each person’s videos were re-analyzed by another operator.

Results from the analysis using the SACFOR scale cannot directly be used for statistical analysis and require conversion into numbers. Here we applied the method developed by Strong and Johnson (2020) which uses the lowest possible count for each category based on size of the individuals and percentage cover and then transforms these numbers by base 10 for counts and base 2 for percentage cover. The results of the video analysis were imported as a species matrix into Primer v7 (Clarke and Gorley, 2015) for interpretation. Multivariate analysis was undertaken to determine the groupings of the transects based on the benthic species abundances and thus the communities present in each video. The Cluster routine was undertaken within Primer producing a dendrogram showing the splits in the data and the similarities between transects at a 5% significance level based on Bray–Curtis similarity. Stations identified as an outlier by the Cluster routine were excluded from the analysis. The clusters were assigned different habitats based on the dominant species and underlying substrate.



Habitat Mapping

The new habitat map was created using object-based image analysis with a supervised classification approach, which used the information gained from the multivariate analysis of the seabed video data to train a predictive model. The input layers into the model included pre-processed high resolution EO bands, depth corrected EO layers (depth invariant index), bathymetry and a directional layer. These layers underwent an image segmentation to divide into objects with the aim of representing real world objects. A classification model was trained using the processed video data and used to predict habitats up to the limits of the EO data.


De-glinting

Sun-glint, off waves and ripples, can impact the mapping process by influencing the signal in the EO data and obscuring the seabed reflectance (Monteys et al., 2015). The impact of sun glint can be removed following the method derived by Hedley et al. (2005). Linear regression was performed separately for the coastal, blue, green and red bands against the near-infrared (NIR) values for an area selected over deep water with a visible glint. De-glinted radiance was calculated by subtracting the slope of the linear regression from the visible radiance values for each pixel (Equation 1).

[image: image]

Where the pixel value for band i (Ri) is reduced by the product of the regression slope (bi) and the difference between the pixel NIR value (RNIR) and the minimum NIR value for the sample area (MinNIR).



Depth Invariant Index

The attenuation of light with depth can impact on the ability to accurately map different habitats and substrates across different depths. To remove the impact of the attenuation, EO data can be depth corrected based on the ratio of attenuation coefficients from pairs of bands (Leon and Woodroffe, 2011). The method developed by Lyzenga (1981) to correct water column attenuation has the advantage of not requiring depth information to undertake the correction. The correction is undertaken by first identifying areas on the image of the same substrate (e.g., sand) at unknown but different depths. The values for the different bands are log-transformed and then regression of the band-pair values is undertaken. The slope of the regression (ki/kj) is then used to calculate the depth invariant index band combination (Equation 2).

[image: image]

Where Li is the reflectance of band i, Lj the reflectance of band j, ki is the attenuation coefficient for band i, and kj is the attenuation coefficient for band j.

For the current study new depth-invariant layers were created using the following band combinations: Coastal:Blue; Coastal:Green; and Blue:Green for both tiles.



Direction and Bathymetry Layers

Two additional layers were created to supplement the spectral layers; a direction layer and a bathymetry layer.

The direction layer was created to account for any preference for habitats to occupy on one side of the island. Levels of exposure to wave energy, tidal currents, nutrient and freshwater inputs have a strong influence on the distribution of different habitats and species (Brown et al., 2011). Through discussions with local boat operators, it was identified that there may be differences in where habitats are found associated with the exposed and sheltered sides of the islands. Prevailing surface currents which affect all four islands are from the north-east (Irving, 1995). The direction layer was created by assigning each pixel in the EO layers an angular direction to the center point of the island using the Euclidean Direction tool in ArcMap v10.5. This was a proxy for the different levels of exposure which, if time and data were available, would be included with hydrodynamic or wave models.

The bathymetry layer was created using the method derived from Stumpf et al. (2003) and uses the ratio between the natural logarithm of two different wavelengths of light (Equation 3). The ratio approach makes use of the difference in attenuation of blue and green wavelength light through water and has shown to be a reliable bathymetric mapping methodology over variable substrates.
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Where m1 is the slope between the ratio layer and the actual depths and mo is the intercept; n is a fixed constant to assure that the logarithm will be positive.

Depths collected using the fish finder during the survey were used for the regression. As these depths were not corrected for changes in sound velocity through the water column or corrected for tides the resulting bathymetry layer is only suitable for contextual information and not for absolute values.



Object-Based Image Analysis

Object-based image analysis (OBIA) is a method of mapping based on computer vision which aims to delineate real-world items from remote sensing data and combine image processing and geographical information services (GIS) to use the spectral and contextual information in an integrated approach (Blaschke, 2010). In its simplest form OBIA involves the segmentation of the remote sensing data into objects which are then classified, either manually or using a classification algorithm.

The depth invariant layers and the processed coastal bands were loaded into the image processing software eCognition v9.3 (Trimble., 2018) at their original resolution of 1.6 m. This software was used in preference to ArcMap for the mapping steps, which was used in the planning stages, due to the ability to build complex process trees and test each step during the build. Image segmentation was carried out using the multi-resolution segmentation algorithm within eCognition which has shown to perform well when working with subtidal remote sensing data (Roelfsema et al., 2013, 2018). This is an optimization procedure that starts with an individual pixel and consecutively merges it with neighboring pixels to form an object. The process continues until a threshold value for a scale parameter determining the variability allowed in the objects is reached. For the segmentation the coastal band and the Depth Invariant Blue:Green layer were equally weighted with the other layers not used for the segmentation. The segmentation parameters were set to a scale parameter of 10 with shape and compactness set at 0.5. The scale parameter was derived from the visual inspection of the results of the segmentation using different scale parameters (1, 2, 10, 20, 30, and 50). The scale parameter of 10 appeared to represent the real-world objects in the EO data best and was used for both tiles.

The multi-resolution segmentation was set to over-segment the layers to ensure real world features were not missed. A region growing segmentation algorithm was then used to fuse objects of similar properties to form larger objects which are representative of what was seen in the remote sensing data. Habitat information was attributed to the map using the derived communities identified from the multivariate analysis based on the central location of the camera transect. Objects which coincided with the central location of the transect were tagged with the community. These tagged objects became the training dataset for the supervised classification of the remaining unclassified objects. Of the 65 samples which were processed for habitat type, 49 fell within the limit of the high-resolution EO data and were used for the classification of the data. Statistics based on the attributes of the classified objects were exported from eCognition and assessed for classification model fitting in R programming language (R Core Team, 2013). The statistics exported included the mean object value for the depth invariant values for Coastal:Blue; Coastal:Green; and Blue:Green along with the mean object values for coastal band, depth and directional layer. The within object standard deviation was also exported for all the layers.

For both tiles conditional inference trees were calculated based on the object statistics using the “party” R package. Conditional inference trees are a non-parametric class of decision tree and use recursive partitioning of dependent variables based on the values of correlation (Hothorn et al., 2006). The output from a conditional inference tree is relatively simple to understand and allows the user to easily translate the splits into a rule set for classification (Diesing, 2016). As the number of video transects was fairly low within this study there is a chance the splits that the model has created may not truly reflect the whole study area. Using expert interpretation, the splits can be adjusted slightly to more truly reflect the differences seen in the EO data. The conditional inference tree for the western tile was created first with the splits then being applied to the unclassified objects from the segmentation. For the Eastern Tile, the training dataset was supplemented using the classified objects from the Western Tile which overlapped the image. These overlapping objects were included in the segmentation of the Eastern Tile as a thematic layer. The conditional inference tree for the eastern tile was created and the splits applied to the unclassified objects.

Manual editing was applied to areas where classes had over-predicted a habitat, with this being particularly apparent in transitional areas. In total, 0.25 km2 of the map was manually edited which equated to 2.53% of the total area mapped.



Consistency and Accuracy

As the map consisted of two tiles, which were mapped independently, all of the 2020 video data were used within the classification methodology to ensure that all of the classes were sufficiently represented. Therefore, no new samples were withheld from map creation to independently assess map accuracy. Instead, indicative assessments have been made against historical datasets collected using different methods and from different times. Two datasets were used for the comparison. The first was collected in 2012 as part of the National Geographic Pristine Seas Expedition (Friedlander et al., 2014), which undertook diver transects at 26 locations around Pitcairn Island. The second dataset was collected as part of a Darwin Initiative funded project looking at fish stocks (Duffy et al., 2021), which collected video data using baited remote underwater video cameras at 37 locations within the mapped area. As the datasets were collected and analyzed using different methods comparisons are made against the estimated habitats from each dataset against the derived habitats from the analysis here to give an indicative accuracy assessment.



RESULTS


Community Analysis by Rapid Assessment

A total of 58 video transects were analyzed based on the rapid assessment method using the SACFOR abundance scale. No differences in use of the SACFOR scale between the different operators were found. The low number of easily identifiable taxa selected for analyses meant no further re-analysis or alteration of the dataset was needed. During analysis it was identified that there were seven transects where the substrate type changed notably for over 2 min of the 10 min videos (e.g., 100% rock to 100% sand). Where this occurred the transects were divided into two and re-analyzed as two transects. This led to 65 samples being imported into Primer for analysis.

The multivariate analysis identified six clusters along with four outlier stations at a 5% significance level. Based on similarities between the contributing species, identified from the Simper analysis, and the underlying substrates, two of the clusters were combined. The final five clusters are described in Table 2; the habitat description is based on the community analysis, majority underlying substrate, and visual interpretation of the relief.


TABLE 2. Results of the multivariate clustering with the number of transects for each cluster and a habitat description based on the substrate and characterizing taxa.

[image: Table 2]
Macroalgal species were present in all five habitats, dominating three of them (Figure 2). The low abundance of macroalgae found in the Sand habitat occurred on infrequent isolated stones and outcropping rock within the habitat. Stony corals dominated two of the habitats, “rock and coral” and “high relief rock,” both in terms of abundance and contributions to within cluster similarity. Low abundances of stony coral were also found within the “macroalgae covered rock” and “sand and rock” habitats but did not contribute more than 6% to within cluster similarity. Hydrocorals, which were mostly dominated by Millepora spp., were found in all the habitats associated with rocky substrates with the highest abundances seen in the “rock and coral” habitats.


[image: image]

FIGURE 2. Transformed average abundances for the five taxonomic groups within the five derived habitat classes. The size of the bar indicates the transformed abundance of each taxonomic group while the percentages show the contribution of each taxonomic group to within cluster similarity.


No incidences of anchor damage were identified from the video data. However, this was not part of the primary objective during the analysis so subtle signs of damage may have been overlooked.



Locations and Extents of Habitats in New Habitat Map.

Maps of the five habitats observed within the shallow waters of Pitcairn Island are presented in Figure 3; with the limits of the mapping extending to the usable EO data (∼20 m depth). “High relief rock” habitats were predicted to occupy the area immediately off the shore around the majority of the island, excluding the southwest side, and stretch to approximately 150 m from the shoreline. “Rock and coral” habitat, with high densities of stony and hydrocorals, was mostly predicted to occur to the south-east of the island. “Macroalgae covered rock” was the most widely spread, accounting for over a third of the total area mapped. This macroalgae dominated habitat was found around most of the island with the largest areas to the south and south-west of the island. The habitat “sand and rock,” which had similar characteristics to “macroalgae covered rock” but with lower densities of macroalgae, was found to occur more on the northern side of the island and also between the rockier areas to the south-west. Patches of clean wave-swept sand were predicted to occur around the island and were typically found around 200 to 300 m off the shoreline. To the north of the island these patches of sand extend into the deep regions and are likely to extend beyond the limits of the map here, with video transects showing sand in the deeper regions to the north and west of the island.


[image: image]

FIGURE 3. Spatial distribution of the five habitats around Pitcairn Island with the limit being approximately the 20 m depth contour. Individual points for the classified video samples and the historical datasets used for assessing accuracy are also displayed.




Accuracy Assessments

The accuracy assessments were based on the relationship between the estimated habitats from the historic datasets and the predicted habitats created within this study. A relationship table between the three studies was used to convert the habitats from the current study into the estimated habitats of the two historical studies (Table 3). The habitat classifications from this study were converted to those of the historical studies to undertake the accuracy assessment. Out of a total of 63 data points [26 from Friedlander et al. (2014) and 37 from Duffy et al. (2021)], 43 (68%) were found to be in agreement with the new predictive habitat map based on the relationships in Table 3. Comparison between the two historical datasets separately produced quite variable results. The comparison with the Friedlander et al. (2014) study showed an accuracy of 96% of samples being in agreement. However, the comparison with the results from Duffy et al. (2021) scored much lower with 49% of samples in agreement.


TABLE 3. Relationship between habitat descriptions from the historical datasets and the current predictive maps.
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DISCUSSION

This study reveals the spatial distribution of habitats around Pitcairn Island for the first time, giving the island’s administration the evidence, in the form of the first habitat map of the nearshore area, required for effective and evidenced based management. Using a semi-quantitative method for the analysis of seabed video data, five different habitats were identified and then mapped using high resolution multispectral satellite imagery (Figure 3). The initial results were delivered to the Pitcairn Islands within a month of the COVID-19 pandemic interrupting shipping movements. The habitats identified through this study are similar to those identified during previous work (Friedlander et al., 2014; Duffy et al., 2021) but have now been associated with a spatial distribution. The data produced here have fed directly into the management of the anchoring around Pitcairn Island. Although formal “no anchor” zones have yet to be set up, the supply vessel and visiting yachts have been supplied with the new habitat map and asked to avoid areas with high densities of corals which may be damaged through anchoring. At the time of writing plans are in production for the placement of a new permanent mooring for use by the supply vessel and smaller visiting cruise ships. The new data will also help inform the environmental impact assessment for the new mooring.

Agreement between the processed data and the historical datasets was 68% for the overall map. The accuracy for the overall map were similar to studies of subtidal habitat mapping from EO data in tropical and subtropical environments which used a more detailed and time consuming method of seabed video analysis (Baumstark et al., 2016; Collin et al., 2016; McIntyre et al., 2018). However, these studies did undertake quantitative accuracy assessments with data separated into training and testing datasets which we were unable to perform here. When using the new map for management it is important to understand the limitations of the data as this can influence where the use of the map is appropriate and where it is not. This current investigation relies on historical datasets collected in 2012 and 2014 to undertake the assessment of accuracy. The age of these datasets may influence the outcome with potential changes in seabed habitats occurring in the intervening eight or 6 years between studies. In addition to the time differences, the matching of habitats between the current study and the ones identified during the previous studies was also likely to influence the accuracy (Table 3) and is a likely cause for the differences between the separate accuracy assessments. There is a level of subjectivity when matching the habitats between the three studies as both historical datasets used a broader set of classes for their description than was described here. There is likely to be overlap between the classes as the five classes here are matched between the four classes within the two historical datasets. Although the map is considered to be suitable for its intended use, based on the levels of agreement, the indicative nature of the assessment made here should be taken into account when using this map for management and the limitations in the accuracy made clear to the final users.

The use of pre-existing data also came in the form of the use of a pre-owned high resolution EO data collected in 2018. Ideally, the groundtruthing data and the layer which the predictions are made to would be collected simultaneously or as close in time as possible. This allows direct comparisons to be made and removes any temporal error from the map. In this instance new EO data was not acquired as it was felt that little change would have occurred in the shallow habitats around Pitcairn in the intervening 2 years. Statistical comparisons between low-resolution datasets spanning the same time period supported this assumption with only 4.3% of the survey area having significantly changed.

The level of agreement achieved between the new map and historical datasets can be partially attributed to the low number of habitat classifications which were derived from the community analysis. Having only five habitat classes, which are relatively broad in their nature, does mean that some of the information on natural variation and complexity is lost. The balance between the number of classes, habitat diversity and ease of use is an important consideration when building a map for management. Different management decisions require data at different levels of detail (Lecours, 2017). Mismatches in the resolution of impact, management and evidence have been shown to lead to failures in conservation and management (Cumming et al., 2006). The evidence produced here is to support the management of anchoring to protect the coral habitats around Pitcairn. The simple nature of this management advice request, which could be simplified to identifying areas of high coral cover and areas of little coral cover, along with the relatively low species diversity around Pitcairn Island (Irving and Dawson, 2013; Friedlander et al., 2014) fits with the broad scale nature of the habitat classes defined.

Some of the benthic features previously identified around Pitcairn, such as the extensive coral areas around the NE of the island (Irving and Dawson, 2012), were not identified during this study. This is likely to be associated with the depth cut-off used to limit the area mapped within the current study. Previously, these features had been found in water depths between 18 and 30 m, whereas the limits for the current map are around 20 m. This is one of the primary limitations of using EO data to map benthic habitats, in that one is limited by the penetration of light within the water column. The creation of the bathymetric layer using the Stumpf et al. (2003) method provided an extinction depth where seabed reflectance is no longer visible at approximately 20 m, which was then used to clip the predictor layers before applying the classifications. Although the waters around Pitcairn are known to be exceptionally clear, with underwater visibility in excess of 70 m, other factors on the day of EO image collection may have impacted the availability of light. Increased turbidity through surface run-off, waves and sunglint can all decrease the maximum mapping depth (Traganos et al., 2018). Other methods of seabed mapping such as using multibeam echo sounders can be used to further extend these maps into deeper water covering the areas missed by these maps. However, increased costs of equipment, vessel charter and time required to carry out a survey can be prohibitive. Although the new map does have limitations it is still the best available evidence for the management of the shallow waters around Pitcairn Island. The principle of evidenced based management and using the best available evidence are key principles for the effective management of MPAs (Addison et al., 2018; Hayes et al., 2019). As new data are collected and made available this map can be refined and updated to improve its accuracy and its applicability to other management decisions.

Semi-quantitative analysis of video data was undertaken to rapidly identify the different seabed habitats and in identifying habitats which may be impacted by anchoring or the placement of a permanent mooring base. Although the method has been shown to produce results which agree with previous datasets, there are limitations to this method when compared to undertaking a more quantitative approach, such as point counts. Analysis by the Joint Nature Conservation Committee has compared the accuracies of the different benthic image analysis methods including using the SACFOR abundance scale (Moore et al., 2019). Using a standard set of images and taxonomic lists, results using the SACFOR scale were found to be similar in accuracy and power to more comprehensive methods such as grid counts and point intercepts, giving statistically similar results for community analysis. However, it was also found that out of the different methods tested it was one of the least consistent approaches between operators. The SACFOR abundance scale is supported by quantitative thresholds and there is a level of subjectivity when applying these especially to video data. Where multiple scientists are working on the data and classifying video data in a short time frame, it is imperative to quality assure results between operators to ensure consistency. Consistency also improves with experience, training and predefined field methods and examples (Strong and Johnson, 2020). Within this study the low number of taxonomic groups and the relatively low complexity of the habitats around Pitcairn Island meant that inter-operator error was very low when using the method.

Semi-quantitative imagery analyses methods have been used extensively and are embedded in many of the methodologies for monitoring benthic marine ecosystems (Hiscock, 1996; Hill and Wilkinson, 2004; Obura, 2014; Wheater et al., 2020). The method is mainly used for recorded video data from drop-down cameras and remotely operated vehicles (ROVs). In subtropical and tropical locations, a focus on inshore habitats, higher water temperatures and the need for detailed inspections of corals for identification means using divers to undertake transects and quadrat surveys are more typical than the use of drop-down camera systems or ROVs. As such, the majority of methods created for the monitoring of coral reefs and other tropical ecosystems are tailored toward divers undertaking line or belt transects and undertaking the identification of taxa in real time (Hill and Wilkinson, 2004; Obura, 2014). As shown in this study having a permanent record, which can be re-analyzed to suit the situation, allows managers to react to rapidly changing situations with higher confidence. The recent reduction in costs seen for high-resolution waterproof cameras means collection of data from diver surveys can now also include video and stills data with very little additional outlay; allowing a permanent record of the data to be kept for future use.

Future imagery data collection at Pitcairn should employ the same methodology and equipment as this study to ensure data collected going forward can be readily compared to results of this study. More detailed analysis of imagery collected (i.e., segmenting transects by habitat type, quantifying and identifying all taxa present to lowest taxonomic level possible) would allow for more detailed mapping of habitats and for more quantitative assessment of change in biological communities over time. Increasing coverage and number of camera transects across the study area would also improve validation of and confidence in the habitat map.

A standardized method of data collection along with appropriate metadata gives the maximum likelihood that the data can be re-used. During the survey planning stages it is useful to take into account what potential uses the data may have in the future. The mantra of “collect once, use many times” has been widely pervaded as a way of getting added value from often expensive and time consuming marine surveys (Turrell, 2018). The sampling for this survey followed a stratified random sampling design, which is a well-established method (Nobel-James et al., 2018) designed to increase precision by ensuring all of the units, in this case habitats, are adequately represented in the data (Davies et al., 2001). Although international standards for metadata exist, such as ISO 19115 and EU Inspire Directive, even basic information such as time, date and location (coordinates) are invaluable for being able to repurpose datasets.

The unexpected changes that the island has seen during the COVID-19 pandemic created a challenging situation for the Government of the Pitcairn Islands. This new map provides the best available evidence on the spatial distribution of different habitats around the island. Although corals have been shown to be highly sensitive to anchor damage (Giglio et al., 2017), further work on the sensitivity of the corals at Pitcairn Island and other species within the different habitats to anchor damage would further improve the evidence base for any future decisions on the location of no-anchoring zones.



CONCLUSION

The analysis carried out here demonstrates the use of a rapid assessment method to repurpose pre-existing data to support marine management. The new habitat map produced from the combination of the rapid assessment and EO data provided the first shallow water spatial dataset for Pitcairn Island filling a gap in the evidence needed for effective management. The distribution of these habitats feeds into the decision-making process for Pitcairn Island for the zonal management of anchoring around the island. With increased pressure from climatic sources and changing human behaviors on marine ecosystems, being able to plan surveys which can be repurposed later in the event of a rapid change is essential.
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The sub-Antarctic South Sandwich Islands forms part of one of the largest marine protected areas (MPAs) in the world. Whilst the neighbouring island of South Georgia is known to be a biodiversity hotspot, very little was known about the benthic biodiversity or biogeography of the South Sandwich Islands. Here we present findings from the first biophysical assessment of this polar archipelago. Using open-access datasets, alongside results from a recent UK Government-funder Blue Belt expedition to the region, we assess how the island’s biodiversity is structured spatially and taxonomically and how this is driven by environmental factors. The South Sandwich Islands are shown to be both biologically rich, and biogeographically distinct from their neighbouring provinces. A gradient forest approach was used to map the archipelago’s benthic habitats which, based on the functional composition of benthic fauna and environmental characterisation of the benthic environment, demonstrated a distinct biogeographical north-south divide. This faunal and environmental discontinuity between the South Sandwich Islands and the rest of the MPA and between the different islands of the archipelago itself, highlights the importance of the zoned protection across the South Georgia and South Sandwich Islands Marine Protected Area.
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INTRODUCTION

The South Sandwich Islands (SSI) archipelago forms part of the Scotia Arc, a predominantly submarine ridge that extends from the Terra del Fuego region of South America to the Antarctic Peninsula (Figure 1). The archipelago consists of seven main volcanic islands stretching in a 390 km long island arc on a broadly north–south axis. The water surrounding the islands form part of the South Georgia and South Sandwich Islands Marine Protected Area (SGSSI MPA), covering over 1 million km2 and representing one of the largest MPAs in the world (Collins et al., 2012; Trathan et al., 2014).


[image: image]

FIGURE 1. (A) The geographical and oceanographic setting of South Georgia and South Sandwich Islands marine protected area (SGSSI MPA) (orange polygon) relative to the Polar Front (white line) and the Southern Antarctic Circumpolar Current Front (SACCF) (blue line). (B) The geographical setting of the South Sandwich Islands archipelago using bathymetry data from Leat et al. (2016), classified using 1,000 m depth contours.


Both the SSI and neighbouring South Georgia are internationally important sites for higher predators, hosting some of the largest populations of seabirds and marine mammals on Earth (Convey et al., 1999; Murphy et al., 2007; Clarke et al., 2012; Trathan et al., 2014; Rogers et al., 2015). Furthermore, South Georgia is recognised to be of global importance due to its abundant, diverse and unique benthic fauna (Barnes et al., 2011; Hogg et al., 2011). This diversity is thought to be driven by its proximity to powerful, nutrient rich currents, the age of the continental shelf (45-20 ma), its geographical isolation and large shelf area (Hogg et al., 2011). The SSI zone constitutes over half of the total area of the MPA, yet in contrast to South Georgia, relatively little is known about the benthic biodiversity of the island’s waters. Limited scientific sampling has been carried out as part of wider Antarctic or Scotia research expeditions (e.g., Ramos, 1999, Ramos-Esplá et al., 2005; Howe et al., 2004; Malyutina, 2004; Lockhart and Jones, 2008). Others sampling campaigns have been geographically restricted to individual islands, notably Southern Thule (e.g., Kaiser et al., 2008; Griffiths et al., 2009), or have had a focus on specific benthic communities, for example the chemosynthetic fauna of deep-sea hydrothermal vents (Marsh et al., 2012; Linse et al., 2019). Data from fisheries bycatch data (Collins et al., 2010; Roberts, 2012) has also contributed to the current understanding of the region’s benthic ecosystems. The logistical difficulty in carrying out in situ work at the islands, notably due to the archipelago’s geographical isolation, inhospitable climate and lack of natural harbours, has however resulted in significant gaps in our understanding of the region, and especially the benthic environment.

At less than 5 million years old (Hawkesworth et al., 1977; Thomson, 2004), the islands are, in geological terms, relatively young. The volcanoes that form the SSI developed in situ through the subduction of the South American tectonic plate under the South Sandwich plate (Leat et al., 2016). The continental shelf area around the islands is limited, with steep-sided volcanic slopes resulting in a very narrow band of shallow coastal water. The region is geographically remote; South Georgia is located 550 km to the north-west and the South Orkney Islands, 800 km to the west-south-west. Small, young, and remote, the SSI do not appear predisposed to high benthic diversity. The SSI marine environment is, however, one of extremes. Volcanic activity creates both disturbed environments resulting from volcanic eruptions and lava flows (e.g., Southern Thule; Griffiths et al., 2008; Rogers et al., 2015) and highly productive chemosynthetic environments such as the high-temperature black smokers at Kemp Caldera (Linse et al., 2019). Bathymetrically the waters range from these shallow coastal environments to deep-sea trench (i.e., Meteor Deep–8,266 m). The deep sea is punctuated by seamounts rising relatively near the surface and providing a major source of topographic complexity to the region. The archipelago exhibits pronounced environmental gradients with strong latitudinal trends in seasonal pack ice cover (and thickness), sea-surface temperatures and productivity. Furthermore, the southern boundary of the powerful Antarctic Circumpolar Current (ACC) which flows close to the islands represents a region of ecological importance centred around the upward flux and entrainment of high concentrations of macronutrients (Tynan, 1998). Conversely therefore, this spatial and temporal heterogeneity in habitat across the archipelago coupled with regions of high productivity could act as catalysts of a diverse and distinct fauna.

Understanding the structure and function of biodiversity at this potentially important, yet poorly understood sub-Antarctic archipelago is crucial to understanding the potential ramifications for future environmental change and to ensure the representative nature of protection afforded by the MPA. Furthermore, understanding the differences in communities across the MPA can highlight important or distinctive biogeographical zones, providing a framework to effectively manage the region’s benthic environment.

In this paper we adopt a macroecological approach to spatially analysing all available benthic biodiversity data for the SSI. This is combined with data recently collected as part of UK Government Blue Belt programme (Darby et al., 2021) to create a baseline measure of marine biodiversity at the SSI and thus provide a framework from which to identify ecologically sensitive areas and species, identify conservation priorities and monitor future biogeographical changes. This paper proposes to address five key questions: (1) How is SSI biodiversity structured spatially and taxonomically? (2) What environmental factors drive this structuring? (3) Can we identify priority areas around the SSI that are anomalously rich, vulnerable, or important to investigate due to paucity of knowledge? (4) How does the archipelago fit into its broader biogeographical setting (i.e., is it a distinct biogeographical realm or is its benthos a subset of that of one of its neighbouring regions)? (5) How can this information contribute to marine spatial planning in the region?



METHODOLOGY


Study Area

The greater SSI region, which forms the focus of this paper, is defined here by a bounding box of ∼510 km (32°W to 24°W) by ∼790 km (55°S to 62°S), covering an area of 405,270 km2. The region covers the South Sandwich volcanic arc which includes the SSI and associated seamounts extending from Protector Shoal in the north to the waters south of Herdman and Tyrell Banks in the south (Figure 1). To the east, the region includes the South Sandwich Trench and to the west, the East Scotia Ridge back-arc spreading centre. The study area covers a bathymetric range from the sublittoral to >8,000 m. The rationale for this geographical delimitation was based on the spatial extent of bathymetric datasets compiled for the region (i.e., Leat et al., 2013, 2016).



Biological Data

Biodiversity data were collected as part of the 2019 Blue Belt Programme Expedition on board RRS Discovery (DY99; Darby et al., 2021; see also Downie et al., 2021), which assessed the diversity and distributions of epibenthic macrofaunal communities at the SSI and their vulnerability to fishing impact. During DY99, 28 drop-camera transects, and 12 sampling deployments were undertaken at Zavodovski Island, Saunders Island, Montagu Island, Montagu Bank, and Southern Thule. Camera transects ranged in depth from 200 to 2,150 m and sample deployments at depths ranging from 182 to 843 m. Four sampling deployments used a benthic dredge, and eight employed an Agassiz trawl. For the purposes of this publication, DY99 data from both sampling deployments and camera surveys is presented as presence-only data with taxonomic identifications made conservatively at the highest possible taxonomic resolution. DY99 data were assimilated with data collated from the Global Biodiversity Information Facility open-access database1 (accessed 11th April 2019). This data included materials collected during the Discovery expeditions (1925–1938), Islas Orcadas 575 (1975) and USNS Eltanin (1968–1982), along with more recent research in the region led by the British Antarctic Survey (e.g., BIOPEARL expedition, 2006). This paper reports these data in a standardised format classifying all samples, where reconcilable, to species level, depth at which specimens were recorded, and the geo-reference at which the specimens were found. For gear deployments in which a precise position of collection was unavailable (e.g., trawl samples), the midpoint of latitude and longitude were calculated from the start and end position of the deployment. Inconsistencies in species classification were reconciled using the World Register of Marine Species match taxa tool2 thus avoiding synonymies, which were especially prevalent in some of the older collections.



Environmental Data

Twenty-one environmental data layers were included in the analysis, to characterise physical geomorphology, surface productivity, physical oceanography, and sea ice extent. All input variables are summarised in Supplementary Table 1.

Bathymetry data was obtained from a 200 m resolution digital elevation model compiled for the region (Leat et al., 2013, 2016) and was used to calculate eight derivative datasets–slope angle, seabed rugosity, topographic position, valley depth, channel network base level, channel network distance, Slope Length and Steepness factor (LS-Factor) and curvature. Slope was calculated using LandSerf (version 2.3) multi-scale analysis. A window of 10 grid cells (2,000 m) was used with an inverse linear distance decay to give greater importance to cells closer to the target cell. The effect of this is to remove finer-scale variation in slope morphology but retain larger topographic features. Topographic position index (TPI) was calculated using Land Facet Corridor Tools extension for ArcGIS. TPI provides a measure of whether a cell is positioned on a peak, in a depression, or in a region of constant gradient (flat or constant slope) relative to the surrounding cells. It can account for local scale topography vs. broader-scale features by changing the size of the window of reference. For this analysis two separate window sizes (10 and 100) were used. Terrain ruggedness index (TRI) was calculated at broad (1,000 m) and fine (200 m) scale using SAGA GIS Terrain Analysis Morphometry tools as a measure of rugosity. TRI is calculated as the square root of the sum of squared difference between the bathymetric value of a cell and its 8 surrounding cells. Profile curvature was calculated using the spatial analyst toolbox in ArcGIS. It is a second derivative index of bathymetry that measures the surface shape of the seabed in the steepest downhill direction, quantifying the rate at which slope gradient changes. Regions with constant gradient return a value at or approaching zero, concave and convex slopes return large negative and positive values, respectively.

The Basic terrain analysis tool in SAGA GIS tools for QGIS (v. 3.2; Conrad et al., 2015) was used to calculate a set of regional terrain variables associated with hydrological properties (Olaya, 2009). They are based on the concept of the Channel Network Base Level, which is an interpolated elevation surface connecting the elevations at the bottom of a network of drainage channels derived from a digital elevation model (DEM) (Boehner and Selige, 2006). Channel Network Distance is calculated as the vertical distance between the DEM elevation and the Channel Network Base Level elevation, and higher values indicate topographic peaks. Valley Depth is calculated as the vertical distance to the lowest elevation of source flow, highlighting topographically enclosed terrain. The LS-factor is a combination of slope length and steepness. In the terrestrial environment it is used to predict erosion potential (Desmet and Govers, 1996) and can similarly be applied in the marine context to indicate potential stability of sediment deposits and hence the likelihood of exposed hard substrata (Kenchington et al., 2020).

Satellite derived primary productivity data (NPP) were accessed through Oregon State University3. Here net primary productivity is defined as a function of chlorophyll, available light, and photosynthetic efficiency. The data are derived from the Vertically Generalized Production Model (VGPM) (Behrenfeld and Falkowski, 1997), MODIS surface chlorophyll concentrations (Chlsat), MODIS 4-micron sea surface temperature data (SST4), and MODIS cloud-corrected incident daily photosynthetically active radiation (PAR). Euphotic depths are calculated from Chlsat. The data were extracted as monthly means over a 5-year period (2010–2014) with a grid cell resolution of 1/12 degree of latitude (∼9,275 m) by longitude (∼5,465 m). R (version 3.1.2) was used to define the geographic region of interest, create a data matrix of each month’s mean NPP, and transpose this into a raster dataset with the correct geographic projection and each grid cell pixel representing a mean and peak NPP for 5-year of monthly data.

Sea ice data were obtained from the National Snow and Ice Data Centre’s (NSIDC) online resource4. Sea ice cover was calculated as the mean number of days per year that an area is covered in sea ice based on the median extent of sea ice for each day between 1981 and 2010.

Oceanographic data on current velocity, seabed and sea surface temperature and salinity were obtained from the Operational Mercator global ocean analysis and forecast system based on the NEMO ocean model. Accessed through the E.U. Copernicus Marine Service Information. Data was extracted at a resolution of 1/12 degree of latitude (∼9,275 m) by longitude (∼5,465 m).

To standardise the spatial extent and resolution of each input variable, each raster was resampled using nearest neighbour analysis to the same spatial resolution. For oceanographic and satellite primary productivity data which had coarser spatial resolutions (see Supplementary Table 1), data were resampled to 200 m using ArcGIS spatial analyst spline (with barrier) interpolation. Spline with barrier interpolation was selected based on its suitability for environmental variables that change over gradients. The spline barrier used was a polygon of the coastline of the SSI to prevent values being interpolated across the physical boundary of the island.



Biogeographical Analysis

Data management and analysis was undertaken using dplyr (Wickham et al., 2019) and vegan (Oksanen et al., 2019) R packages (R Core Team, 2019) and ArcMap version 10.5.

Species accumulation curves were constructed using the rarefaction method in vegan, calculated over 1,000 permutations. Differentials were calculated to quantify the rate at which novel species discovery was still occurring. To estimate total species richness at the SSI, the vegan package was used to extrapolate the current rate of species accumulation using Chao 1 and Jacknife 2 species richness estimators (Chao, 1987). For comparative analysis between islands, each island was delineated using a 1,500 m depth contour and the South Sandwich Trench was delineated using the 4,000 m depth contour. South Georgia data were obtained from a 2011 assessment of the region’s biodiversity (Hogg et al., 2011) combined with updated GBIF data for both South Georgia and the South Orkney Islands (see text footnote 1; data accessed 13 November 2019). Similarity matrices comparing species composition between each island were computed using the Jaccard similarity index.

Trends in the distribution of species richness throughout the archipelago were investigated over geographical and depth gradients. For geographical comparison, the region was split into 10 km2 grid squares. For depth comparison, the region was split into 250 m depth bins. For a comparative depth analysis residuals from a regression analysis of log-transformed species richness against sampling effort (defined by number of sampling locations) were used to adjust for the uneven sampling effort both over the depth gradient and highlight depth zones where species richness was either higher or lower than expected based on sampling effort.



Gradient Forest Analysis

The statistical approach to Gradient Forest analysis was used to (i) assess the key environmental drivers of faunal composition at the SSI and quantify their degree of influence; (ii) interpret the shape and magnitude of compositional changes in faunal groups along these key environmental gradients; (iii) apply this information to spatially cluster the benthic environment at the SSI; and (iv) characterise these clusters based on environmental and faunal descriptors.

Gradient Forest modelling was undertaken using the R package randomForest (Liaw and Wiener, 2002) and gradientForest (Ellis et al., 2012). The approach was based on mapping protocol discussed and described in detail in Ellis et al. (2012) and Pitcher et al. (2012). Gradient Forests are an extension of Random Forests, a machine learning method that builds a large number of classification or regression trees on random subsets of input data to predict values of a response variable based on a number of independent variables. Gradient Forest produces multiple Random Forests, one for each taxon in a community matrix and uses the multitude of splits derived from the component trees forming the Random Forests to identify where along the gradients of the environmental predictors more taxa than expected by chance show differences in their presence or abundance, hence identifying step changes in assemblage composition. Critical values identified along these gradients corresponding to changes in faunal composition are used to transform the gradients of environmental predictor layers to reflect the rate of taxonomic change. Principal components of the transformed predictors provide a multidimensional representation of variation in combined faunal and environmental composition. K-means clustering of the principal components further allows the apportioning of the variability into discrete classes with similar environmental and faunal attributes. The clusters can be plotted in map form and over the first two PCA axes, to present them in the biologically transformed environmental space. Each individual Random Forest model also assigns an importance statistic (how much the inclusion of the variable improves the model) to each predictor. The Gradient Forest finds the most influential predictor variables over all the Random Forests, weighted by the models’ internal R2 statistic (indicator of model fit), to identify the variables which most influence change in faunal communities along the environmental gradients.

The relative importance of environmental variables to individual functional groups was investigated using the boruta algorithm in the “Boruta” package in R (Kursa and Rudnicki, 2010). Collinearity in environmental variables that were identified as significant for at least one functional group by Boruta was checked using Spearman’s rank-order correlation. For any two variables with a correlation coefficient exceeding 0.7, the one with a higher Boruta importance to more functional groups was retained for analysis. The Variance Inflation Factor (VIF) was calculated for the final selection on predictor variables, to ensure it did not exceed 3 for any variable. The Gradient Forest analysis was done using this subset of the environmental variables and using functional groups, to ensure consistency across the different datasets and sufficient number of observations to train the component Random Forest models. To assign functional trait information to the taxa recorded at the SSI, data were collected on reproductive mode, feeding strategies, type of development (e.g., brooder vs. planktotrophic), mobility, lifestyle, affinity to specific substrata and reef-building capacity of each taxon, as well as whether they were considered habitat forming, whether they were associated with a certain stage of ecological succession and how fragile they are to physical impacts during sessile benthic life stages. A comprehensive description of this methodology is discussed in Hogg et al. (2018). Twenty-one functional groups were assigned based on these ten functional traits, in line with previous research on functional traits at South Georgia (Barnes and Sands, 2017). These groupings are summarised in Table 1.


TABLE 1. Functional group categories modelled using gradient forest analysis.
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RESULTS


Biogeographical Analysis

Marine benthic biodiversity at SSI was rich across taxonomic levels and comparable to the neighbouring biodiversity hotspot of South Georgia in terms of richness in phyla (18), classes (45), and families (447). Species richness was lower (Tables 2, 3), though notably this was based on far fewer records with 2,670 recorded to species level (cf. South Georgia–17,732). In total 4,887 distinct georeferenced records were recorded at 773 sampling stations.


TABLE 2. Estimation of species richness for the South Sandwich Islands region extrapolated using Chao 1 and Jacknife 2.
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TABLE 3. Estimation of species richness for key phyla extrapolated using Chao 1 and Jacknife 2.
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Structured by depth, both species richness and sampling effort (Figure 2) were highest in shallower waters, with 58.3% of all records (2,849) collected between 0 and 500 m and 88% of SSI species (777) represented in this depth range. Whist record counts dropped at depths greater than 1,000 m, there was a secondary peak in record counts between 2,000 and 3,500 m which accounted for 22.2% of records. This depth band had an even more pronounced peak in species with 30.8% (272) represented in this bathymetric zone. A distinct shallow-deep discontinuity was observed in species composition, with only 69 species shared between the 0–500 m and 2,000–3,500 m depth ranges. Beyond 3,500 m, record counts, and to a slightly lesser degree species richness, tapered to a maximum sampling depth of ∼8,000 m.
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FIGURE 2. Density plot of (A) record counts and (B) species richness by depth. Species richness is calculated as number of distinct species per 250 m depth bin. The species richness plot includes residuals for each 250 m depth bin derived from the linear regression of log transform species and station counts shown in panel (C). Blue bars in panel (B) denote negative residuals (relative species paucity), and red bars denote positive residuals (relative species richness). The light green shared zone between 700 and 2,250 m denote the depth range open to licenced long-line fishing. In panel (C) the regression line is shown in solid black (r2 = 0.84), the 95% regression confidence interval as grey ribbon and the 95% prediction line as a dashed black line. Log transformed data was tested for normality (Shapiro–Wilk P > 0.05).


Non-structured sampling by depth at the SSI makes it difficult to interpret depth trends in benthic diversity. Firstly, sampling effort, calculated in terms of number of distinct sample gear deployments, varies with depth. Secondly, sampling methodology is not standardised and often not explicitly recorded from historic surveys. Regression analysis on log-transformed species and station counts (Figure 2C) provided a crude means of adjusting for the confounding influence of variance in sampling effort across depth. Analysis of regression residuals calculated in 250 m depth bins between 0 and 8,000 m (Figure 2B) identified positive residuals in shallower water (<750 m) indicating high species richness relative to sampling effort. The licenced fishing zone (700–2,250 m) recorded largely negative residuals (i.e., low adjusted species richness). Over the entire 8,000 m depth range there were no other obvious discontinuities in standardised species richness.

Subdivision of the SSI region into 10 km2 grid squares demonstrates a geographically uneven distribution of sampling effort in terms of number of distinct sampling stations per grid cell (x̄ = 20.6; σ = 39.8). Sampling has focussed primarily around the seven main islands, with sampling much reduced in offshore, deep-water regions. Most sampling has occurred at the northern-most islands of Zavodovski and Candlemas and the southern-most island of Southern Thule. Sampling effort across the rest of the archipelago is notably lower, especially at Montagu Island, Montagu Bank and Bristol Island. Species richness was similarly uneven across the region (x̄ = 9.9; σ = 19.8). Higher species richness corresponded with higher sampling effort in the northerly islands, but notably not at Southern Thule, where despite high sampling effort, species richness was comparatively low. Family level richness was also shown to be uneven across the region (x̄ = 10.1; σ = 15.6).

Taxonomically, arthropods were the dominant taxa constituting 27.5% of species and 31.9% of records (Table 3). 75.9% of species and 78.3% of records were recorded from the 4 most species rich phyla (arthropods, echinoderms, annelids, and molluscs). At species level no single species was dominant, with the top 25 species accounting for 17.3% of records and the top 100 species for 42.6%. Most species were rare, recorded only once or twice (46.4 and 23.3%, respectively). Only 49 species (<1%) were recorded more than ten times. The ten most common species represented ∼10% of total records.

General taxonomic trends were shared across the archipelago, with arthropods and echinoderms representing the dominant taxa. Notable exceptions to this were a dominance of molluscs and echinoderms on Bristol Island; a notably larger proportion of corals on Saunders and both corals and sponges (key VME taxa) on Montagu Bank. The South Sandwich Trench was a clear outlier to the group with arthropods being significantly more dominant constituent in catches. At Southern Thule, the proportion of annelid worms was significantly higher than elsewhere.



Species Accumulation

Rarefaction curves of all benthic species data (Figure 3) showed the rate of novel species discovery remains high across the region, with 0.75 new species recorded per new sample site. Novel species discovery was highest around the islands themselves (<1,500 m depth) with species differentials ranging from 2.57 new species per new site at Saunders Island to 1.68 at Bristol Island (Table 2). Assessment of individual islands in the archipelago demonstrated significant variance in sampling effort and species richness along the archipelago (Figure 3 and Table 2). At the most northernly islands of Zavodovski and Candlemas the curves did not reach an asymptote with novel species discovery remaining high. In contrast, the southerly island of Southern Thule recorded lower total species richness and a lower rate of novel species discovery, despite similar sampling effort. At Saunders Island sampling has been lower, corresponding to fewer species records, but species discovery was amongst the highest in the region. The islands and banks that form the centre of the island chain (Bristol Island, Montagu Island, and Montagu Bank) have few reported species but have also had very low sampling effort (at least sampling that has resolved specimens to species-level). The rarefaction curve for the South Sandwich Trench is shown to be levelling-off and reaching an asymptote (Figure 3). With lower recorded species richness and lower species differential (0.62), it is likely the Trench region is not as speciose as the shallower waters of the neighbouring islands.
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FIGURE 3. Rarefaction curve showing (A) the rate of species accumulation with increasing sampling effort for each of the South Sandwich Islands, and (B) the rate of species accumulation with increasing sampling effort across nine major phyla (chordates excludes fish). Islands are delineated by 1,500 m depth contours. Zavodovski Island includes Protector shoal; Candlemas includes Visokoi Island and Southern Thule includes the Adventure and Kemp Caldera. Sample effort is defined by number of sampling sites. Green ribbons (for islands) and blue ribbons (for phyla) denote standard deviation over 1,000 permutations. The “All Islands” plot (red ribbon) shows species accumulation across the entire study region.


Species accumulation curves for key taxa across the region (Figure 3) demonstrated high rates of species discovery with no phylum reaching an asymptote. Novel species discovery was highest in byozoans (0.9) and as such represents the phyla for which current biodiversity estimates are poorest. There was little variance in novel species accumulation between all other key taxa (x̄ = 0.47; σ = 0.07). Two species richness extrapolations using Chao 1 and Jacknife 2 species richness estimators indicate that across the eight major phyla summarised in Table 3, 67.1 and 68.7% of probable species present at the SSI are currently represented in our sampling. Extrapolations based on these eight phyla (representative of 97.1% of total species) place total SSI species richness at between 1,317 (Chao 1) and 1,286 (Jacknife 2). Relative variance in biodiversity between the major phyla remained relatively constant between observed and predicted richness estimates with rank order species richness remaining broadly unchanged.



Regional Setting

A large proportion of species (∼58.2%) at SSI were not shared across the other Scotia Arc islands (Table 4). SSI exhibits a stronger biogeographical link with South Georgia (sharing ∼16.7% of SSI Species) than the South Orkney Islands (8.9% of SSI species). 16.2% are considered cosmopolitan across the whole Scotia region.


TABLE 4. Faunal similarity between South Georgia (SG), South Orkney Islands (SOI) and the South Sandwich Islands (SSI).
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The proportion of species recorded only from the SSI varied by phylum (x̄ = 56.2%; σ = 10.6%). Considering just the major phyla (here defined as those with >30 species), annelids, molluscs and ascidians had the highest proportion of species not recorded across the rest of the region (71.6, 62.5, and 60.6%, respectively). Bryozoan species, conversely, were least likely to be restricted just to the SSI (36.2%).

Subdivision of each of the SSI into distinct biogeographic zones (delineated by 1,500 m depth contours) demonstrated low species-level similarity between individual islands and between the continental shelf regions of South Georgia and the South Orkney Islands (Figure 4). Highest similarity was recorded between neighbouring Zavodovski and Candlemas/Visokoi Islands. This was followed by Saunders and Candlemas Islands and to a lesser degree Zavodovski Island and Saunders Island. There was low similarity between Saunders Island and any islands to the south. The South Sandwich Trench demonstrated high dissimilarity to all regions. Outside the SSI, the highest similarity (albeit still low) was seen between South Georgia and South Orkney Islands.


[image: image]

FIGURE 4. Jaccard dissimilarity matrix of the benthic faunal composition of (A) families and (B) species across the Scotia Arc. Islands are ordered from south (South Orkney Islands) to north (Shag Rocks). Islands are delineated by 1,500 m depth contours. Zavodovski Island includes Protector shoal; Candlemas includes Visokoi Island and Southern Thule includes the Adventure and Kemp Caldera. Montagu Bank and Bristol Island were excluded from the analysis due to limited samples. The South Sandwich trench was delineated by the 4,000 m depth contour. South Georgia data were obtained from a biogeographic analysis by Hogg et al. (2011). South Orkney Islands data were sourced from GBIF (GBIF.org; accessed 11th April 2019).


At family level there was very little similarity between South Georgia, Shag Rocks and the South Orkney Islands. At the SSI similarity appears a function of geographical proximity, with highest similarity between neighbouring islands (e.g., Southern Thule and Montagu or Zavodovski and Candlemas/Visokoi Islands). And similarity reducing between more distant islands (e.g., Zavodovski and Southern Thule).



Environmental Drivers of Biogeography

The continental shelf around the SSI is limited, with steep-sided volcanic slopes dropping away to depths in excess of 3,000 m within 10 km of the coastline (Figure 5). As such the area of seabed under 1,000 m depth is restricted to 13,270 km2. Islands in the chain exhibit differing degrees of bathymetric connectivity with their neighbours. All are separated by regions of deeper water, typically between ∼1,000 and 1,500 m. Saunders Island is the most bathymetrically isolated of the archipelago, separated by Candlemas Island to the North and Montagu Island to the South by water depths of ∼2,500 m (See Supplementary Figure 1). Slope, rugosity and topographic position (i.e., whether a site is on a topographic peak or in a trough) were all associated with the volcanic slopes of the islands and the tectonic spreading zone in deep water to the west of the island chain. Slope angles generally peaked at ∼25° on steeper topographic features with gradients of 10° more generally associated with the flanks of the volcanoes.
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FIGURE 5. Summary of regional environmental datasets: (A) depth, (B) slope, (C) sea ice, (D) mean primary productivity, (E) peak primary productivity, (F) current speed, (G) sea surface temperature, (H) seabed temperature, and (I) seabed salinity. Panels (D–I) show mean summer conditions. A full description of all the data including data sources are summarised in Supplementary Table 1.


Positioned broadly on a north–south axis, the SSI exhibit a strong latitudinal sea surface temperature gradient. During the summer months the region experiences a range of −1.4 to 2.2°C, dropping to between −1.85 and 0°C in Winter. The temperature range around the islands themselves is more constrained, ranging from 1°C at Protector Shoal to −0.8°C at Southern Thule in summer. In winter sea-surface temperatures are more homogenous with a range of −1.4 and −1.7°C across the island arc. Seabed temperature demonstrates collinearity with depth and little annual variance. The coldest region is the South Sandwich Trench with an annually stable temperature of ∼ 0.6°C which changes little with latitude. Seabed temperature around the islands ranges from 1°C (0.9°C winter) at Zavodovski to 0.6°C (0.45°C winter) at Southern Thule. Seabed salinity is also linked to depth with lower salinity in proximity to the islands (Figure 5).

Sea ice conditions varied considerably throughout the year and across the latitudinal gradient of the islands. In the north, Protector Shoal and Zavodovski Island experienced little or no sea ice, even during the height of winter. In contrast the southern-most island of Southern Thule had on average ∼ 200 sea-ice coverage days per year. Mean sea-surface productivity demonstrated a distinct east-west discontinuity. Waters at and to the east of the island chain demonstrate higher productivity with a marked drop-off west of the islands. Highest mean productivity was recorded in the water to the east of Zavodovski, Visokoi, and Candlemas Islands and on Montagu Bank. A second discontinuity was seen at Bristol Island, with all islands and Banks to the south demonstrating very low mean primary productivity. Peak primary productivity identified productivity hotspots at Zavodovski, Visokoi and the seamount chain extending to Leskov Island. A localised area of peak productivity occurred at Montagu Bank. All other islands showed no peaks in productivity. Regions of higher current velocities (peak average ∼ 0.2 m/s) appear linked to the topography of the lower flanks of the South Sandwich Trench (6,000 m depth). Areas of higher current velocity were also seen along the eastern flank of Zavodovski and Saunders Islands and in deeper water (∼2,500 m) bisecting between Saunders and Montagu Island. All other islands in the arc including Protector Shoal, Southern Thule, Bristol Island, and Montagu Island demonstrated low current velocities.



Gradient Forest Analysis

Spearman’s correlation was used to remove highly colinear environmental variables reducing predictor variables from 19 to 15. Those variables excluded were mean productivity (which correlated strongly with peak productivity), annual temperature range (which correlated with both bathymetry and bottom temperature), rugosity with a 5-cell neighbourhood (which correlated with slope angle and the standard measure of rugosity) and relative slope position (which correlated with channel network distance). The influence of each of the 15 environmental predictor variables on faunal communities along the environmental gradients was assessed using R2 statistic as an indicator of model fit.

The most important predictors for functional group distribution at SSI were depth, seabed temperature, channel network base level and latitude (see Supplementary Figure 2). Salinity and areas of peak primary productivity were of intermediate importance, as were measures of seabed topography such as slope angle, rugosity, and broad scale topographic position (i.e., location of topographic peaks and troughs). Fine-scale topographic position and current velocity were of least importance.

The frequency distributions of the locations of individual split nodes of all component decision trees over the range of values of predictor variables (Figure 6) show that changes in the composition of functional groups (summarised in Table 1) along environmental gradients were non-uniform. Along the depth gradient, a large number of splits occurred in the range 0–1,000 m, indicating that shallower waters were very heterogenous, with large changes in functional group composition. In contrast, across the rest of the bathymetric range (1,000–8,000 m) samples splits had low importance, indicating relatively little compositional faunal change. Sampling at the SSI has been higher in shallower waters (see Figure 6 red line). To account for this bias, the ratio of densities (blue line) plots the expected density of splits had depth been sampled with uniform density. The ratio of densities plots supports the assertion that large changes in functional group composition are seen between 0 and 1,000 m depth.
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FIGURE 6. Kernel density plot of random forest tree splits across environmental gradients for the four most important predictors–depth, bottom temperature, channel network base level (CNBL), and latitude. A high density of splits indicates relatively large changes in functional group composition. Split density is denoted by the histogram and black line. Density of sampling is shown in red. The ratio of splits standardised by the sampling density is shown in blue, with ratios >1 (horizontal dashed line) indicating locations of relatively greater change in composition.


Along a gradient of sea bottom temperature, high relative rates of faunal assemblage change were seen in a bimodal distribution with peaks at ∼0.9 and 0.6°C. A series of distinct peaks in faunal assemblage change were shown along a latitudinal gradient, most notably at ∼ 56.2°S, where highest compositional change corresponded with Zavodovski Island. Smaller peaks were seen at Saunders Island (57.7°S), Montagu Island (58.4°S) and Southern Thule (59.5°S). In contrast, Candlemas Island (57°S) and Bristol Island (59.1°S) demonstrated little change in functional structure. A further two peaks were shown south of 60°S, these could correspond with sampling on and between Tyrell and Herdman Banks.

The Gradient Forest maps show these distinct environmental and faunal discontinuities (Figure 7) in geographical space. The most obvious divide was between shallow (Figure 7; Clusters 8 and 10) and deep environments (all other clusters). The two shallow clusters were then split along a latitudinal gradient with Cluster 8 covering the northern regions of Protector Shoal, Zavodovski Island, Candlemas and Visokoi Island and Cluster 10 covering the southern regions of Herdman and Tyrell Banks, Southern Thule, Bristol Island, Montagu Island and Bank and Saunders Island. The boundary between these two gradient forest clusters occurred at Candlemas Island. Cluster 8 was characterised by low latitude, low sea ice cover and high maximum productivity (see Supplementary Figure 3). Conversely Cluster 10 was characterised by high latitude and high sea ice cover. Functional group composition between clusters also differed (Supplementary Figure 4). The lower-latitude Cluster 8 representing the northernly islands of the archipelago demonstrated a higher dominance of soft-bodied sessile active and passive filter feeders such as Alcyonacea (soft corals), sea pens, anemones, and hydroids. The higher-latitude Cluster 10 was notable for its high ratio of presences across all functional groupings including the presence of climax communities.
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FIGURE 7. Gradient forest mapping clusters combining transformed environmental variables with benthic functional group data. Clusters represent the expected continuous patterns of composition for seabed biodiversity at the South Sandwich Islands with similarity in composition denoted by similarity in colour. The biplot shows the first two principal dimensions of the biologically transformed environment space with vectors indicating the direction and magnitude of major environmental drivers and colours corresponding to mapping clusters. Mapping clusters are numbered and correspond with clustering classes shown in Supplementary Figures 3, 4.


This marked latitudinal discontinuity in fauna and environment was not restricted to shallow waters. The deep-sea environment, which covers much of the study region, was not a homogenous region but was sub-divided by the Gradient Forest analysis into ten environmentally and faunistically divergent clusters transitioning over both topographic and latitudinal gradients. In contrast to the shallow water clusters, the changes in the deep-water clusters are more graduated. This is demonstrated in Figure 7 by the similarity in colours between neighbouring clusters denoting relatedness. The deep-sea clusters transitioned over gradients of sea ice cover, latitude, and productivity. Faunistically, the northern-most deep-sea cluster (Cluster 5) was characterised by infaunal and epifaunal deposit feeders and mobile, jointed legged predators or scavengers such as sea spiders and decapod crustaceans. Further south Cluster 3 demonstrated representation across all functional groupings, though universally these were with low occurrences. In the deep sea surrounding Saunders Island, Cluster 3 transitioned to Cluster 4, which was characterised by grazing species, infaunal deposit feeders and mobile predators. The most southerly cluster (12) was similar in faunal composition to Cluster 4 with the addition of hard sessile species such as cup corals and whip corals. Other notable clusters included the South Sandwich Trench system (Clusters 1 and 2). Cluster 1 was dominated by mobile predators and infaunal species. In contrast the upper flanks of the trench (Cluster 2) had a higher proportion of climax communities (e.g., sponges) and sessile soft bodied active and passive filter feeders such as soft corals.




DISCUSSION


Biogeographical Setting of the SSI Archipelago

Here we present the SSI as a biogeographically distinct archipelago, linked by limited shared benthic species to South Georgia, and to an even lesser extent, the South Orkney Islands. Relatively few species were recorded as cosmopolitan across the Scotia Arc and there was near universal dissimilarity in the composition of benthic species and families between the three main island groups.

This analysis identified that the proportion of species recorded from the SSI, but not across the rest of the Scotia region, varies considerably across the eight major phyla. Previous research has suggested that amongst mobile fauna, biodiversity in known to be at least partially shared across the Scotia region (Roberts and Agnew, 2008). The highest levels of South Sandwich exclusivity were seen in annelid worms and molluscs, whilst bryozoans were shown to be the phyla most likely to be cosmopolitan in distribution. This biogeographical characterisation support previous descriptions of South Georgia’s fauna which reported 25–30% similarity in mollusc species between South Georgia, South Orkney Islands and the SSI (Linse et al., 2006) and high similarity in bryozoans (∼40%) between South Georgia and the SSI (Barnes and Griffiths, 2008). Where connectivity between regions is restricted (e.g., by deep water and strong currents), this is often reflected in the biogeography of the region’s benthic fauna. Some taxa, such as bryozoans for example, exhibit predominantly benthic larval stages. This limits their ability to proliferate into neighbouring regions and as such restricts their geographical distribution (Griffiths et al., 2009). There is also significant evidence to suggest however that even taxa with non-pelagic larvae such as bryozoans are known to disperse widely through biofouling of transport vectors such as macroalgae, plastics and volcanic pumice (e.g., Watts et al., 1998; Barnes, 2002; Smith, 2002; Bryan et al., 2012). Such dispersal has been shown to occur across major oceanographic boundaries such as the ACC (e.g., Fraser et al., 2016; Figuerola et al., 2017). The observation that bryozoans in the Scotia Arc seem to be amongst the most cosmopolitan of phyla implies that it may not be limited connectivity that restricts or fundamentally determines distribution, rather the suitability of habitats in geographically neighbouring, but environmentally dissimilar regions.

Comparing sea temperature as an example, South Georgia exhibits an annual range of ~5°C, with sea-surface temperatures ranging between 0 and −1°C in winter and between 3 and 4°C in summer. Seabed temperatures of South Georgia’s Circumpolar Deep Water (>150 m) range from 1 to 3°C. South Georgia is therefore amongst the warmest (Barnes et al., 2006), and most variable (Holeton et al., 2005) water masses south of the Polar Front. This wide range of environmental conditions, coupled with its geographical position as the most northerly continental shelf area within the Polar Front, result in an island characterised by strong biogeographical links between both Antarctica and South America (Hogg et al., 2011). In contrast, the South Orkney Islands and the SSI are both environmentally Antarctic in character with colder, more seasonally stable water masses and the presence of seasonal sea ice (Barnes et al., 2009; Rogers et al., 2015). The surface waters around the SSI themselves range from −1.7°C at the south of the archipelago in winter to ∼1°C at the north of the archipelago in summer, with a maximum local-annual range of ∼2.4°C. Seabed temperatures are even more constrained, ranging from a maximum of ∼1°C in the north during summer months to 0.45°C in the south during winter. At the South Orkney Islands water temperatures vary between −1.86 and 1.6°C at shallow depths (Clarke and Leakey, 1996).

If it is environment rather than connectivity that principally drives faunal discontinuity between the islands of the Scotia Arc, then based solely on temperature gradients, one might expect that in terms of benthic fauna, the higher latitude archipelagos of South Orkney and SSI to share more in common at the exclusion of the relatively warm waters of South Georgia. In contrast however, our analysis reports higher South Orkney Island–South Georgia species similarity (24.7% of South Orkney Island species shared) than South Orkney Island–SSI similarity (9.2% of South Orkney Island species shared).

The explanation for this is likely multifaceted, encompassing environmental suitability for species, oceanographic connectivity and geological factors such as island age, size and provenance. The SSI represents a steep-flanked, geologically young volcanic archipelago making it geomorphically distinct from any other landmass in the Southern Ocean (O’Brien et al., 2009). In contrast, the South Orkney Islands and South Georgia represent geologically older regions that once formed part of the same landmass (Livermore et al., 2007), and now represent topographically similar island groups with large continental shelf areas (Dickens et al., 2014; Hogg et al., 2016). In this context, South Georgia and the South Orkney Islands are more alike than either is to the SSI. Furthermore, the SSI are more oceanographically disconnected from the Scotia group with the clockwise flow of the ACC more directly connecting the South Orkney Islands to “down-stream” South Georgia, but with the SSI somewhat offset away from the currents northward flow (see Figure 1). Indeed, considering regional currents more broadly, it is possible that the SSI exhibits stronger links with the Weddell Sea province, linked through the outer edge of the Weddell Gyre. There is evidence for such as link, for example, in some fish species (Gon and Heemstra, 1990).

General taxonomic observations from prior research suggest invertebrate faunal composition at the northern end of the SSI archipelago closely resembled that seen in similar depths at South Georgia (Lockhart and Jones, 2008). Fauna on comparable soft sediments have also been reported as similar between the South Orkney Islands, South Georgia and the SSI (Lockhart and Jones, 2008; Brasier et al., 2018; Downie et al., 2021). In assessing similarity in species and family level composition between each of the SSI and the wider region, higher similarity was observed between neighbouring islands in the archipelago. This, however, this did not extend to the wider region. For example, northernmost Zavodovski Island was not notably more similar to its closest neighbour South Georgia than any of the other SSI. Similarly, the southern-most island, Southern Thule, was not more or less similar to the South Orkney Islands than any other island. Southern Thule was notably the most faunally similar island (at family level) to the South Sandwich Trench. This could be on account of the highly sediment-laden environment reported from Southern Thule (Downie et al., 2021) and lower seabed temperatures being environmental most similar to the trench environment.

The established paradigm of the Southern Ocean is one of an isolated system (Longhurst, 1998), with the ACC representing both a biogeographical discontinuity, greatly limiting the exchange of epipelagic and benthic fauna (Clarke et al., 2005), and acting as a homogenising influence on Antarctic marine fauna (Chown et al., 2015). With very few barriers to dispersal across a single Antarctic province (Griffiths et al., 2009), the SSI have typically been considered part of a “connected” High Antarctic or Extended Scotia Arc biogeographical region (Knox, 1960; Hedgpeth, 1969). South Georgia, with its high documented proportion of endemic species (Hogg et al., 2011), is often considered an exception to this, and classed as a distinct biogeographical province. Regional studies of littoral ascidians (Ramos-Esplá et al., 2005) supports a bioregional delineation between South Georgia, the South Orkney Islands and the Antarctic Peninsula. Where the SSI aligned with these regions was however unclear and appeared to be a transition zone between the sub-Antarctic islands and the Antarctic. Given the combination of distinct benthic fauna and distinct environmental conditions at the SSI, this bio-physical analysis supports the case for the archipelago to also be considered a distinct biogeographic province. This assessment is supported by previous attempts at ecoregionalisation in the Southern Ocean using environmental-based clustering, which have delineated South Georgia and SSI as separate biogeographical provinces. These ecoregions were shown to align strongly with the environmental structuring of the ACC (Longhurst, 1998; Grant et al., 2006). Furthermore, Spalding et al. (2007) using spatial analysis undertaken predominantly on molluscs (Linse et al., 2006), identified three distinct biogeographical sub-provinces in the Scotia Arc.



How Is Biodiversity Structured Spatially and Taxonomically?

The SSI are a biologically rich archipelago. Here we report comparable biodiversity to the neighbouring biodiversity hotspot of South Georgia across taxonomic levels from phylum to family (Hogg et al., 2011). At species level, richness is lower than at South Georgia with 883 species currently recorded from the South Sandwich Archipelago (cf. 1,445 species from the South Georgia shelf region). SSI species richness is nonetheless notably high based on sampling effort, sampling focus and sampling area.

Sampling effort, in terms of the number of sampling sites and records has been lower at the SSI than neighbouring regions. This is largely on account of the absence of local research bases at the SSI, compared to King Edward Point and Bird Island at South Georgia, and Orcadas Base and Signy station at the South Orkney Islands, which act as regional logistical hubs for research vessel to operate from.

There has been far less focus on certain species-rich, yet typically underreported taxa such as nematodes which were the second richest phyla reported from South Georgia (Hogg et al., 2011), but for which only 21 observations (8 species) have been recorded at the SSI. Furthermore, in contrast to both South Georgia and the South Orkney Islands, there has been no known sampling undertaken in intertidal communities (see Barnes et al., 2009; Hogg et al., 2011). These taxonomic and spatial gaps in the SSI dataset considered, our analysis likely represents a significant under-reporting of regional diversity across the SSI Archipelago. For the regions and taxa that have been sampled, we projected regional species count of between 1,286 and 1,317 based on the current rate of novel species discovery (cf. between 1,627 and 1,760 species at South Georgia).

Finally, unlike its neighbouring islands, the South Sandwich archipelago does not have a broad continental shelf area. Instead, the benthic environment consists of the flanks of steep-sided volcanic islands and submarine seamounts with a limited, relatively shallow-water zone restricted to narrow bands around the islands and the tops of the seamounts. Based on a richness-area relationship, in which as shelf area increases, so to do the number of species (Rosenzweig, 1995), species richness is high at the SSI considering only 13,270 km2 of its seabed is shallower than 1,000 m. To place this in a regional context, this is roughly 25% the shelf area of South Georgia (Hogg et al., 2011) or the South Orkney Islands (Dickens et al., 2014).

Biogeographic distribution patterns are difficult to constrain at the SSI because–(i) historic sampling effort has been both non-uniform and patchy (see Figures 2, 3); and (ii) most SSI species were rare–67.7% of species recorded only once or twice. Whilst this is not necessarily problematic when considering broad-scale ecosystem level comparisons, such as between the SSI and other polar archipelagos, it does limit our understanding of how biodiversity is structured spatially across the South Sandwich region.

Biodiversity was shown to vary across the region. Sampling decreased as a function of distance from the archipelago’s islands. As such, paucity in sampling was too high away from islands to formulate an informative overview of distribution patterns. Around the islands, species rarefaction curves (Figure 3) and species richness estimators (Table 2) projected highest species-level diversity at Zavodovski and Candlemas Islands. Conversely, lower biodiversity was recorded predominantly toward the southern end of the island chain at Bristol Island, Montagu Island, and Southern Thule. Sampling at Bristol Island and Montagu Island has however been low (Figure 3), so there is a higher degree of uncertainty with this assessment. Southern Thule, in contrast, has received relatively higher rates of sampling and reports relatively low rates of species accumulation. This assessment of the southernmost island of the archipelago is supported by previous observations which report the island to be species poor (Griffiths et al., 2008).

Previous research has highlighted that abundances recorded in samples were heavily depth dependent, with a marked decline from 200 to 500 m in demersal trawl samples (Griffiths et al., 2008) and from 300 to 1,500 m in epibenthic sledge samples (Kaiser et al., 2008). Rogers et al. (2015) also reported seamount summits as covered in large abundances of brittlestars, with scattered sea pens, large anemones and the seastar Labidiaster sp. In deeper waters around the seamount Rogers et al. reported an abundance of octocorals and brachiopods. Our analysis also demonstrated a depth gradient in species diversity, though as with spatial assessment it was difficult to account for the confounding influence of non-structured sampling across depth. Highest levels of sampling have occurred in waters shallower than 500 m (58% of sampling). Within these waters, 88% of species recorded at SSI are represented. A secondary peak in species richness and sampling records between 2,000 and 3,500 m revealed a change in species composition over depth, with few shared species between samples collected in waters shallower than 500 m samples and samples collected deeper than 2,000 m. Peaks in species richness at shallow (<500 m) and intermediate depths (2,000–3,500 m) were also apparent when sampling effort was adjusted for Figure 2. The zone between 1,000 and 2,000 m demonstrated the lowest adjusted species richness.

The SSI are unique in a Southern Ocean context in that they represent a long chain of islands extending almost 400 km on a north–south axis. As such, they traverse a broad gradient of environmental conditions. Whilst Lockhart and Jones (2008) and Roberts (2012) reported differences in the dominant phyla between the islands, this analysis is the first to attempt to assess changes in faunal composition across the archipelago. As mentioned, most species recorded in the region are rare and subsequently species (and family) composition is highly dissimilar between islands (Figure 4). Similarity was, however, shown to correspond to geographical proximity with highest species and family level similarity recorded between neighbouring islands (e.g., Zavodovski and Visokoi and Candlemas Islands) and similarity reducing as a function of distance. A potential discontinuity in species-level faunal composition was identified at Saunders Island which demonstrated little similarity with any of the islands to the south (Figure 4). In contrast Zavodovski, Visokoi-Candlemas and Saunders Islands demonstrate relatively higher species similarities. This divide between north and south, centred on Saunders Island has also been reported in Toothfish species and bycatch invertebrate species (Roberts, 2012). Roberts demonstrated an abrupt transition between an “Antarctic” and “sub-Antarctic” bioregions around Saunders Island, characterising these two bioregions by differences in sea temperature with depth, hydrographic characteristics, and biological productivity.



Environmental Drivers of Biogeography

Environmental conditions at the SSI are predominantly linked to latitudinal gradients (e.g., sea ice, temperature, and productivity) and depth gradients (e.g., temperature and salinity). Sea-surface productivity also demonstrated an east-west divide. Saunders Island was identified as the most bathymetrically isolated island of the archipelago (see Supplementary Figure 2), separated by deep water (2,500 m) with oceanographic currents bisecting the water between Saunders Island and Montagu Island to the south (Figure 5).

The topography of the archipelago’s islands shows evidence of mass- wasting and slope instability (Leat et al., 2010, Leat et al., 2016). Collapse scars, slump structures, embayments and erosional gully systems can be seen on all the volcanic island flanks. Wave-like structures, particularly on the eastern, trench-facing side of the islands, are thought to be formed by down-slope, mass-flow transport of volcanic sediments (Leat et al., 2010). The instability of the archipelago’s slopes with significant down-slope sediment flows creates what is likely a heavily perturbed benthic environment. This will influence fauna that colonises these environments potentially selecting against slow growing, sessile communities in favour of faster-growing, pioneer communities (e.g., encrusting bryozoans and ascidians) or mobile scavengers and predators. It also seems logical to expect a discontinuity in faunal composition between the more stable environment of the shallow shelves around the islands and the slope. To the west of the island chain is a large plain at a relatively uniform 3,000 m depth. Here large amounts of volcaniclastic sediment, transported down-slope, have formed a thick (up to 1 km) layer of turbidite overlaying the bedrock (Leat et al., 2016). Though there has been limited benthic sampling (204 records) of this environment, what has been recorded is limited to infaunal and mobile epifaunal deposit feeders or scavengers such as polychaete worms and holothurians. This region transitions into the tectonic spreading zone and East Scotia Ridge, an area characterised by tectonically uplifted regions of topographic complexity. These hard-rock islands in the deep sea may represent “oases” for sessile suspension feeding communities, though connectivity across a vast plain of turbidite mud may limit this diversity. Running 100 km to the east and parallel to the Islands, the South Sandwich Trench reaches depths of over 8,000 m, with water depths commonly >7,000 m.

Given most species were recorded rarely at the SSI, it is difficult to assess how environmental conditions drive species-level composition. In this analysis we categorised the regions benthic fauna into 21 functional groups based predominantly on mobility, feeding strategies and lifestyle and then subdivided again based on taxonomy (see Table 1). These functional grouping provided a means of categorising benthic fauna in an ecologically meaningful way, whilst retaining enough sampling records per grouping to allow statistical significance when assessing their correlation with environmental covariates.

Depth, bottom temperature, channel network base level (CNBL) and latitude were identified as the most important drivers of benthic functional group composition. Spatial variation in marine biodiversity over gradients of latitude, depth, and temperature are well documented (Gaston and Spicer, 2013), with depth and temperature commonly cited as environmental drivers in habitat mapping models (reviewed in Harris and Baker, 2012). The CNBL represents a derivative bathymetry layer with local-scale elevations removed. Its importance therefore, as a driver of benthic functional composition, highlights the significance of larger landscape units such as large basins, continental shelf areas and deep troughs in classifying functional-relevant spatial units. Seemingly of less importance in our study region were measures of geomorphology (e.g., slope angle, rugosity, and topography) and variance in oceanographic current velocities. Measure of slope and topography are often useful predictors of faunal composition, notably with measures of geomorphology often employed as surrogates of hard substrate communities (Harris and Baker, 2012). One explanation for their lack of importance here could be that the resolution at which they were gridded (200 m) did not correspond with faunal compositional change. This mismatch in spatial scale may be even more pronounced in modelled oceanographic data for the region, representing only very broad-scale oceanographic currents (∼9,275 m by ∼5,465 m).



Gradient Forest Classifications

Some features of the marine environment are characterised by sharp discontinuities in environmental conditions (e.g., coral reefs, canyons, and continental shelf breaks). Most marine habitats, however, depending on the spatial scale at which they are observed, are not clearly delineated by abrupt boundaries. Instead, the environmental conditions that define habitats, change over gradients, transitioning with a degree of biological turnover between regions. As such, there is a fundamental inconsistency between this environmental and faunal continuum and categorical habitat classification systems, which make analysis and mapping of marine habitats problematic (e.g., see Hogg et al., 2018).

Gradient forest provides a non-linear and flexible methodology in constraining, quantifying, and interpreting compositional changes in fauna along environmental gradients. It is particularly applicable to datasets such as at the SSI, because its use of dimensionless R2 to quantify change allows analysis of amalgamated datasets, even if such data include disparate sampling methodologies (Pitcher et al., 2012).

Of the four most important drivers of faunal composition, latitude and depth proved the most spatially informative (Figures 6, 7). The largest changes in functional group composition occurred along a latitudinal gradient and coincided with specific islands in the archipelago. These changes occurred independently of sampling effort (Figure 6). The most notable threshold changes in faunal composition happened at Zavodovski Island, and to a lesser extent Saunders Island, Montagu Island and Southern Thule. The maps based on Gradient forest cluster groups, representing environmentally and biologically consistent regions, demonstrated clear latitudinal delineations in environment and fauna. Most notable was a north-south divide in shallow-water environments. This bio-physical classification of the SSI supports previous interpretations of distinct northern and southern bioregions at the archipelago (Roberts, 2012). The analysis by Roberts identified a clear discontinuity in toothfish species with Patagonian toothfish (Dissostichus eleginoides) reported north of Saunders Island and Antarctic toothfish (Dissostichus mawsoni) reported to the south. This distinct biogeographical cut-off in finfish was suggested to relate to temperature as the key range-limiting factor (Roberts, 2012). In this case Saunders Island represented a discontinuity because it exhibited the most northerly location at which mean winter surface temperatures dropped below −1°C. This is of physiological significance in toothfish because it represents the freezing point of blood plasma and so tolerance requires physiological adaptations (i.e., antifreeze proteins) which are only present in certain specialist Antarctic species (Roberts, 2012).

In slight contrast to Roberts (2012), here we show a transition in bioregion at Candlemas Island, with Saunders Island representing the most northernly island solely within the southern bioregion. In our assessment, the latitudinal discontinuity is less clear as there are no obvious abrupt clines in environmental gradients at either Candlemas or Saunders Island (Figures 5, 6). Instead it seems likely to result from the composite influence of a variety of physical and biological factors. There is, for example, a clear general differentiation in environmental characterisation between the islands of the north of the archipelago and the south. North of Saunders island there is a much steeper drop-off in terms of number of sea ice days (reducing to almost zero at Zavodovski Island) than there in from Saunders southward (Figure 5). This is aligned with a change in seabed temperature, with the northerly Cluster 8 characterised by temperatures ∼1°C, and the southerly islands forming Cluster 10 characterised by temperatures ∼0.5°C (see the first two temperature peaks in Figure 6). Furthermore, maximum productivity and surface temperature, also demonstrated higher values at Candlemas, Visokoi and Zavodovski Island and notably lower values especially at Southern Thule and Bristol Island.

Higher surface temperature, productivity and shorter sea ice duration toward the north of the archipelago have been proposed as possible drivers of a north-south divide in fauna (Perissinotto et al., 1992) and are all likely to result in greater fluxes in food availability at the seabed. A relatively nutrient-rich seabed environment at the north of the archipelago could, in part, account for the high species richness and high novel species discovery recorded at Zavodovski and Candlemas, and the higher abundances in benthic fauna observed by Downie et al. (2021) at Zavodovski Island. Biodiversity patterns are likely to also be shaped by environmental variables not accounted for in this study, for example seafloor substrate (see Roberts, 2012). Substrate type is a key driver of both diversity and functional composition of benthic environments. The higher frequency of consolidated hard-rock environments reported from Zavodovski Island (Downie et al., 2021) compared to the considerably more sediment-laden and disturbed environment at Southern Thule (Griffiths et al., 2009; Rogers et al., 2015; Downie et al., 2021) corresponded with clear differences in faunal diversity and faunal classes (Downie et al., 2021).

Geographically, the deep sea represents the largest environment mapped in this analysis. With depth, most compositional changes in fauna were shown to occur in relatively shallow waters (depth <500 m). This corresponded with the restricted shelf areas of the islands. Beyond this depth, turnover in functional composition was not marked by definitive thresholds (Figure 6). Analysis of channel network base level, which picks out broader-scale bathymetric features, (CNBL–Figure 6) did however identify secondary peaks in composition change at ∼8,000 and ∼6,000 m, representing the bottom of the South Sandwich Trench (Cluster 1) and flank of the trench (Cluster 2), respectively. Given the Antarctic deep-sea environment is known to be highly distinct, reporting both rare and potentially endemic species (Brandt et al., 2007), distinct biogeographical clustering, driven in part by a distinct faunal composition, seems logical. Conversely however, the non-trench, abyssal environment, notably between ∼3,000 and 5,000 m, did not exhibit the same level of differentiation. This may be accounted for by greater uniformity in environmental conditions such as seabed temperature at this depth which allows for a more homogenous eurybathic fauna (as described in Brandt et al., 2007).

Understanding of faunal distribution patterns at the SSI, especially in the deep sea, is limited by both paucity in samples and the predominance of rare species. The creation of functional groups in this study was therefore limited by the formulation of groups with enough samples for which functional information was available. As such, the resulting groups were relatively broad and so were limited in their ability to resolve more subtle faunistic differences between clusters. This likely resulted in the observed degree of cross-over between the observed functional composition of each of the 12 gradient forest clusters (see Supplementary Figure 4). That said, there were broad functional trends in our analysis, particularly over depth gradients, that align with previous research across the Antarctic. This included a higher prevalence to sessile suspension feeding taxa on the shelf environment, likely because of the more frequent instances of hard substrate in the form of exposed bedrock, coarse marine sediments and glacial dropstones (Clarke, 1996). In the deep sea, observed prevalence of mobile scavengers such as pycnogonids, amphipods and other peracarid crustaceans in the South Sandwich abyssal and trench clusters has been observed in the Antarctic deep-sea more broadly (Brandt and Hilbig, 2004; Brandt et al., 2007). Furthermore, many of the deep-water clusters also recorded higher prevalence of soft-bodied infaunal and epifaunal scavengers guilds such as polychaetes, nemerteans, and holothurians which have previously been documented to be a dominant taxa on the Antarctic continental slope and at abyssal depths (Brandt et al., 2007).



Marine Protection in a Changing Climate

With SSI fauna linked to latitudinal gradients in temperature, sea ice and productivity, temporal changes in the marine environment resulting from climate change are of fundamental importance in understanding possible ramifications for future trends in diversity and distribution. Positioned south of the South Antarctic Circumpolar Current Front (Figure 1), environmentally the SSI are distinctly Antarctic in character. Consequently, the regions benthic fauna is expected to be characterised by slow growth rates, increased longevity, and deferred sexual maturity (Peck, 2002). As such, many species may have poor ability to cope or adapt to warming oceans compared to species at lower latitudes (Convey and Peck, 2019).

The Southern Ocean has undergone substantial warming since the 1930s (Gille, 2008; Swart et al., 2018) and is forecast to continue this trend (Turner et al., 2016). Regionally, observations at South Georgia demonstrate an average sea-surface (0–150 m) warming of 2.3°C over 81 years (Whitehouse et al., 2008). This warming exhibited intra-annual variation, with warming twice as strong during the winter months. Furthermore, the waters of the ACC have, since the 1960s, also demonstrated more significant warming than the Southern Ocean as a whole (Turner et al., 2013). Most notably, the Circumpolar Deep Water (150–500 m) on the southern edge of the ACC has demonstrated decadal increases up to 0.17°C (Gille, 2002; Böning et al., 2008). Model projections suggest above average future changes near the ACC (Sokolov and Rintoul, 2009), with poleward displacement of the ACC frontal features combined with a strengthening and/or warming of the southernmost jet (Turner et al., 2013).

These changes have significant implications on the capacity of the SSI’s fauna to adapt to, or tolerate, a future marine environment. Sea ice is known to be important to the structure and dynamics of SSI marine ecosystems (Rogers et al., 2015). In spring, melting sea ice is associated with the release of algae and iron incorporated into ice as it formed (Massom and Stammerjohn, 2010). Ice-edge spring melting corresponds with seasonal phytoplankton blooms which form the basis of higher predator food chains (Murphy et al., 2007). Climate-driven changes to sea ice distribution and duration will likely impact the onset and duration of seasonal plankton blooms and productivity fluxes. Furthermore, it could lead to potentially greater seabed disturbance from earlier and more extensive sea ice breakup and iceberg scouring (Barnes, 2017), impinging on the survivorship of benthic communities (Barnes and Souster, 2011).

Given our assessment of latitudinal and temperature gradients in bioregions and a north-south discontinuity in environment and faunal character, changing climate is a key consideration in future-proofing MPA design through assessing potential range-shifts in benthic fauna under different climate scenarios. Furthermore, given the regions unique setting in the Southern Ocean (i.e., an island chain extending across latitude), the islands provide a good natural laboratory in which to assess biogeographical changes in relation to climate change in the Southern Ocean more broadly.




CONCLUSION

The analysis presented here represents the first attempt to bio-physically describe this region, providing biogeographical context to the South Georgia and South Sandwich Islands Marine Protected Area. The SSI is both diverse in benthic fauna and biogeographically distinct from neighbouring islands in the Scotia Arc. This is particularly notable given the islands small shelf area and its young geological age and the fact that novel species discovery remains high. The composition of benthic fauna changed from north to south across the archipelago. This was manifest in distinct north and south bioregions in both shallow and deep water.

The SSI are typical of many Southern Ocean locations where, due to their isolation and the associated logistical and financial limitations of access, there remains significant paucity in our understanding of the region. We recognise that compilations of diversity data, like reported here, are ultimately limited by the fact that they have been assimilated from different sources. As such, though the data may be presented in the same format, the means by which the data has been collected varies considerably. An improved understanding of the SSI biogeography must therefore ultimately come from the kind of structured sampling effort presented by the research undertaken during the 2019 Blue Belt DY99 sampling campaign.

In terms of spatial protection, our analysis supports the need to conserve the SSI marine environment as distinctly different in physical and faunistic character from the rest of the SGSSI MPA. Protection along the full latitudinal range is important as there is evidence for distinct north-south differences. Based on our current understanding of the region’s benthic environment, the MPA covers a “representative” range of benthic habitats.
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Supplementary Figure 3 | Environmental characterisation of the 12 mapping clusters shown in Figure 7. In each box plot the middle line represents the median; the upper and lower extent of the box represent the first and third quartile.

Supplementary Figure 4 | Faunal characterisation of the 12 mapping clusters shown in Figure 7. Plots show the ratio of presences (black) to absences (grey) of 21 functional groups (Table 1) for each mapping cluster.
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Quantifying the level of population connectivity within and between geographically separated single-species deep-water fisheries stocks will be vital for designing effective management plans to preserve such populations. Despite this, stock structure in many fisheries is still poorly described and, at best, subject to precautionary management. Here we use rapidly evolving mitochondrial genes and microsatellite markers to investigate population connectivity patterns in commercially targeted Hyperoglyphe antarctica populations between four seamounts within the Tristan da Cunha Exclusive Economic Zone (EEZ). We find little evidence of population genetic structure between fished populations, with both mtDNA and microsatellite markers showing that there is low genetic population diversity (reflecting substantial gene flow) across the four seamounts. We also find little genetic differentiation between H. antarctica across the wider Southern Hemisphere. Such results support the role for coordinated management of all four populations across the seamounts, and potentially including stocks associated with Australia and New Zealand, with expansion of the fishery clearly having the potential to substantially impact the source of recruits and therefore wider population sustainability.
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INTRODUCTION

The physical and biological processes intrinsic to seamount systems may serve to connect or isolate associated populations, stimulate or maintain genetic divergence, and structure local and regional species diversity (Shank, 2010). Increasing interest in understanding such processes has resulted in a range of studies examining the large variety of interconnected mechanisms that promote or impede genetic connectivity of seamount communities (Auscavitch et al., 2020; Liu et al., 2020). Despite this, the conclusions of these studies are largely inconsistent, reflecting differences in the ecological, oceanographic, and evolutionary context of individual seamount systems (Rowden et al., 2010; Zeng et al., 2020). However, quantifying the connectivity of seamount populations and their diverse ecosystems, which are potentially vulnerable to destructive fisheries and mining practices, will be vital for understanding the ecological structure of seamount communities (Shank, 2010). Such an understanding of connectivity is important to understand the function of these systems, enabling direct sustainable management (outcomes) to ensure the continuity of seamount biological diversity and the resources they encompass (Pitcher et al., 2007).

There is increasing evidence of anthropogenic-induced impacts to deep-sea populations (Armstrong et al., 2019; Da Ros et al., 2019). Most importantly, fishing has resulted in stock depletions of a range of species, with the reduction of mature individuals having potential indirect effects on the likelihood of population connectivity characterized by larval migration and movement of individuals between deep-sea habitats (Vieira et al., 2019). Such impacts on connectivity may reduce effective population size, genetic diversity and population resilience to further impacts associated with increasing climate changes. The wider role of such changes may then potentially result in local or regional population declines, while also impacting the long term recovery of exploited populations (Cowen et al., 2007). Despite this, we still understand little of the connectivity of deep-sea fisheries species, especially those associated with specific habitats (e.g., seamounts). As such resources are now being increasingly targeted, there is a dire need to quantify population structure and potential resilience to fishing effects.

Hyperoglyphe antarctica (Family Centrolophidae), commonly known as the bluenose warehou, is a commercially important temperate water species, with a widespread distribution throughout the southern hemisphere (McDowall, 1982). This species has been recorded throughout the waters of the majority of major landmasses within the Southern Ocean, with populations identified in South Africa, Southern Australia (including Tasmania), New Zealand and Tristan da Cunha (McDowall, 1982). This species is considered as a deep-water, semi-pelagic species (Horn, 2003). Juveniles will utilize surface waters, sheltering within jellyfish and flotsam (Haedrich, 1967; Horn, 1970; Horn and Massey, 1989), feeding on hydroids, salps, ctenophores, fish fry, small crustaceans, squids and a variety of pelagic molluscs (Horn and Massey, 1989; Horn, 2003). Juveniles undertake an extended period of oceanic dispersal, with strong potential for broad-scale dispersal and self-supply of recruits (Williams et al., 2017), recruiting into the rough, rocky ground of continental shelves, upper slope waters and seamounts at ~2 years old (35–50 cm total length) (McDowall, 1982; Horn and Massey, 1989; Duffy et al., 2000; Bell et al., 2021). Hyperoglyphe antarctica adults are benthopelagic, with individuals undertaking mid-water migration for feeding or reproduction at night (Horn and Massey, 1989; Horn, 2003). Although tagging of individuals has shown that such individuals are able to migrate large distances (Horn, 2003), recent work has found that adult stocks may show limited movement away from post-settlement habitat, and therefore the existence of discrete adult sub-populations (Williams et al., 2017).

The structure of regional H. antarctica stocks (predominantly within New Zealand and Australia) has been examined using both morphological and genetic methods. All work has found evidence for population panmixia and lack of stock structure (Horn and Massey, 1989; Bolch et al., 1993; Horn, 2003; Hindell et al., 2005; Robinson et al., 2008; Williams et al., 2017), likely associated with geographically distant populations showing high levels of population mixing due to high individual dispersal at the settlement stage. Despite this, within the Tristan da Cunha Exclusive Economic Zone (TdC EEZ), where a sporadic fishery for H. antarctica at four seamounts has occurred since 1997, there is no understanding of the genetic diversity inherent within fished populations. In managing this fishery, there is still little ability to quantify the likely impacts of activities on the resilience and long-term sustainability of populations (Bell et al., 2021). Quantifying the level of population connectivity between these geographically separated single-species fisheries stocks will therefore be vital in understanding the potential for ecologically divergent populations, and designing effective management plans to preserve such populations. In determining the genetic connectivity of H. antarctica stocks within Tristan da Cunha, in line with the likely high level of panmixia apparent in other geographically separated H. antarctica stocks (Horn, 2003; Robinson et al., 2008), we hypothesize that populations will show high levels of connectivity, and likely little population structure. We also examine the genetic connectivity of H. antarctica populations across the Southern Ocean, and hypothesize high levels of connectivity, and low levels of genetic diversity between populations.



MATERIALS AND METHODS

Single dorsal muscle samples from 140 H. antarctica individuals across four seamounts [Crawford (CN) (n = 35), Yakhont (YK) (n = 33), R.S.A (RS) (n = 36), and McNish (MN) (n = 36)] were collected by Cefas and the Tristan da Cunha Fisheries Department within the TdC EEZ (Figure 1). Samples were frozen and transported to University of Nottingham laboratories.
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FIGURE 1. Map of sampled seamounts within the Tristan da Cunha EEZ. The green dashed line represents the approximate mean position of the southern subtropical front (SSTF) following Orsi et al. (1995); the latitude of the SSTF migrates seasonally by ∼2.5° in the Tristan da Cunha region. The black arrows demonstrate the direction of flow. The EEZ shapefile was obtained from Flanders Marine Institute (2019). The satellite map file was obtained from Google (n.d.).



Mitochondrial DNA Amplification and Population Assessment Within Tristan da Cunha

To determine the connectivity of the four sampled H. antarctica within TdC EEZ, DNA was extracted from each sample using QIAGEN DNeasy Blood and Tissue Kits (ID: 69504) following the standard protocol. To amplify mitochondrial DNA, polymerase chain reactions (PCRs) were conducted using Bioline MyTaqTM polymerase (BIO-21105) reaction mixtures in combination with primers FishF1/FishR1 (Ward et al., 2005) and CR-e/CR-a (Lee et al., 1995) to amplify cytochrome c oxidase subunit I [COI; 616 base pairs (bp)] and control region (CR; 361 bp), respectively. PCR conditions were an initial denaturation stage of 95°C (120 s) followed by 35 cycles of 94°C (30 s), 56°C (30 s), and 72°C (60 s), with a final elongation of 72°C (600 s). To identify potential contamination, a negative control containing only reaction mixture components was included alongside the samples in each amplification. PCR products were visualized on a 1.5% agarose gel and amplified samples were sent to Macrogen Europe for purification and Sanger sequencing using an Applied Biosystems 3730XL analyser. Sequences were aligned using Seaview version 4.7 (Gouy et al., 2010) and the CO1 and CR sequences were concatenated for 129 individuals. A maximum likelihood (ML) phylogenetic tree was constructed in PhyML version 3.1 (Guindon et al., 2010) using the concatenated COI and CR sequences and employing a general time reversible model of evolution incorporating gamma correction with 1,000 bootstrap replicates (Guindon et al., 2010). In addition, a median joining haplotype network was generated for the concatenated alignment using PopART (Leigh and Bryant, 2015).

Genetic diversity within the four sampled populations was estimated by computing haplotype diversity (h) and nucleotide diversity (π) in DnaSP6 (Rozas et al., 2017). Pairwise distances between individuals and the subsequent mean pairwise distances (p) within, and between populations were calculated using PAUP∗ (Swofford, 2003). The genetic difference between clusters was measured by the fixation index (Fst) using DnaSP (Rozas et al., 2017), with pairwise FST calculated in Arlequin version 3.5 (Excoffier and Lischer, 2010), p-values were corrected in R using the “p.adjust” function from the “stats” package; the Bonferroni method was selected (R Core Team, 2021). The nearest-neighbor statistic (Snn) was calculated between populations using DnaSP (Rozas et al., 2017). P-values were obtained by the permutation test with 10,000 replicates (p < 0.05 used).

Tajima’s D and Fu’s F analyses were conducted in Arlequin version 3.5 (Excoffier and Lischer, 2010) to assess historical demographic changes within the seamount and greater Tristan da Cunha populations. Following both a population expansion and spatial expansion model (Rogers and Harpending, 1992; Excoffier, 2004) Arlequin version 3.5 (Excoffier and Lischer, 2010) was used to conduct a mismatch distribution analysis to allow for demographic inference. Deviation from these models was tested using the sum of squared deviations and the Raggedness Index.



Microsatellite Development and Analysis

DNA extracted from five individuals was pooled to create a genomic library using the Roche KAPA HyperPrep kit (KK8500). The library was used for whole genome sequencing using paired-end reads of 150 base pairs (Illumina Hiseq 2500). Following sequencing, reads containing adapters, reads containing >5% bases that could not be determined, and reads with low quality (Qscore ≥ 10; over 20% of the total number of bases) were removed. Candidate microsatellite marker regions were then identified that had repeat units of 2–6 base pairs with ≥5 repeats (SSRHunter 1.3) (Li and Wan, 2005). Twelve primer pairs were successfully developed for the identified microsatellite marker regions (Supplementary Table 1). PCR using the Takara Bio Premix TaqTM Hot Start Version (R028A) was utilized. To amplify the microsatellite regions of 100 randomly selected H. antarctica samples, PCRs were conducted under optimized thermocycling conditions [1 cycle of 95∘C for 900 s, 30 cycles of (94∘C for 30 s, 56∘C for 30 s, 72∘C for 30 s) followed by 10 cycles of (94∘C for 30 s, 53∘C for 30 s, 72∘C for 30 s)] ending with a final, single cycle of 60°C for 1,800 s. Amplified products were assessed using agarose gel electrophoresis, with targeted bands then selected and detected using a 3730XL DNA analyzer. Traces were analyzed to identify the size of the alleles present at each marker on each chromosome from each individual. The size of the allele (in base pairs) was recorded and utilized for further analysis.

To investigate genetic diversity within each of the four sampled populations, the number of alleles (A) and allelic richness (Ar) at each microsatellite locus were calculated using the PopGenReport package (Adamack and Gruber, 2014; Gruber and Adamack, 2015; RStudio Team, 2015). As a measure of genetic variability within populations, we examined whether there was a significant deviation from the Hardy-Weinberg Equilibrium (HWE) in both observed (Ho) and expected (He) heterozygosity (PopGenReport package: Adamack and Gruber, 2014; Gruber and Adamack, 2015; RStudio Team, 2015), while the potential deficiency in heterozygotes [inbreeding coefficient (FIS)], and gene diversity [Nei’s genetic diversity (hs)] were analyzed within Fstat (Goudet, 2003).

To identify signatures of gene flow mechanisms (i.e., inbreeding) within the greater Tristan da Cunha population, Weir and Cockerham’s (1984) F-statistics (FIT, FST, and FIS) were calculated using the PopGen package in R, grouping all individuals as one population (Adamack and Gruber, 2014; Gruber and Adamack, 2015; RStudio Team, 2015). In addition, to examine differentiation in genetic structure between seamount populations, pairwise Wright’s F-statistics (FSTs) were calculated between each population using Arlequin. Within this analysis, 10,000 permutations and a significance level of p < 0.05 were utilized (Excoffier and Lischer, 2010). An Analysis of Molecular Variance (AMOVA) was conducted (Arlequin v3.5) to further confirm whether genetic differentiation was more likely associated with variation within or between seamount populations (Excoffier and Lischer, 2010). The statistical power of the microsatellite data set was assessed using POWSIM version 4.1 (Ryman and Palm, 2016). Power for a range of FST values was investigated by varying drift (t) from 2 to 51 whilst maintaining the value for population size (Ne) at 1,000. POWSIM settings were set to 1,000 dememorizations, 100 batches and 1,000 iterations per batch. As in Knutsen et al. (2015) the proportion of significant outcomes (p < 0.05) for the range of FSTs calculated were interpreted as the power of the tests for detecting the defined level of genetic divergence. In order to allow visualization of the inferred genetic relationships between individuals sampled, pairwise Nei’s standard genetic distances were calculated (using allele data in Genepop format), with a Neighbor Joining tree then constructed (with 1,000 bootstrap replicates) in Populations version 1.2.31 (Langella, 2002). Discriminant analysis of principal components (DAPC) was conducted in R using the adegenet package version 1.3-1 (Jombart and Ahmed, 2011) to further clarify the greater population structure and identify if individuals from the same seamounts clustered together.



Population Assessment of H. antarctica Across the Southern Ocean

To examine the wider connectivity of H. antarctica populations, 130 CR sequences from the present study were assessed against CR sequences from 400 H. antarctica individuals previously collected within New Zealand and Australian waters (encompassing the “Southern and Eastern Scalefish and Shark Fishery (SESSF),” see detail in Robinson et al., 2008). All 530 sequences were aligned in SeaView and cropped to allow analysis of overlapping regions (204 bp).

To allow for investigation of relationships between individuals of different populations, a ML tree with 1,000 bootstrap replicates was generated in PhyML version 3.1 (Guindon et al., 2010) using all CR sequences and employing a general time reversible model of evolution incorporating gamma correction. To allow generation of a median joining haplotype network, the original alignment was imported into DnaSP6 and used to generate a haplotype data file (Nexus format) (Rozas et al., 2017). This file was edited to add trait data (seamounts and GPS coordinates), and a Median Joining Network generated (Epsilon = 0) using PopART (Leigh and Bryant, 2015). To assess the genetic structure between populations, a haplotype data file was exported in Arlequin format and pairwise FST values calculated in Arlequin version 3.5 (Excoffier and Lischer, 2010).




RESULTS


Population Structure Within the TdC EEZ

The concatenated mitochondrial sequences demonstrated there was no clear phylogeographic structure between the four fished populations of H. antarctica within the TdC EEZ. The unrooted ML tree highlighted the lack of phylogeographic structure, with the clustering of individuals from different seamount populations (Figure 2). Consistently low pairwise inter-individual distances (d), ranging between 0.000 and 0.012 were calculated, with a mean pairwise distance between all individuals of d = 0.00616 (±0.00310). Mean pairwise values between- and within- the assumed Tristan da Cunha seamount populations were consistently low, and similar, ranging from 0.00584 to 0.00649 and 0.00546 to 0.00652, respectively. The low genetic distances were emphasized by the short branch lengths on the unrooted ML tree, with low genetic distance between individuals both within and between the four populations and with extremely short branch lengths (all ≤ 0.0061).
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FIGURE 2. Unrooted Maximum Likelihood phylogenetic tree built from concatenated sequences of the mitochondrial COI and CR demonstrating the minimal genetic distances and clustering of individuals from different seamount populations within the Tristan da Cunha EEZ. The scale bar represents a genetic distance of 0.002. Branches in red are supported by >70% of bootstrap replicates. CF, Crawford; YK, Yakhont; RS, R.S.A.; MN, McNish.


Haplotypes predominantly differed by between one and two nucleotide changes, further demonstrating the low level of genetic variation within and between the populations of H. antarctica. In total 38 haplotypes were identified, though there was a substantial proportion of shared haplotypes between seamounts; over 50% of haplotypes were shared between at least 2 seamounts, and 6 out of 38 were identified to be present at every seamount. However, there were a number of unique haplotypes (n = 19), where a single haplotype was found in a single individual within a specific seamount (Figure 3). The seamount with the highest number of unique haplotypes was CN, with 7 out of the 38 haplotypes identified appearing only on that seamount, in 1 individual, while MN held the lowest number of unique haplotypes (two).
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FIGURE 3. A median joining haplotype network generated using concatenated sequences from COI and CR from individuals of Hyperoglyphe antarctica collected from four seamounts within the Tristan da Cunha EEZ. Each small, perpendicular line on the branches between haplotypes in the network demonstrates one change in the nucleotide sequence. Small black nodes indicate hypothesized haplotypes, multi-color pie charts indicate shared haplotypes, while solid, colored circles indicate unique haplotypes.


Although multiple haplotypes of the concatenated, mitochondrial H. antarctica sequence studied were identified, the differences between the haplotypes were minimal (i.e., restricted to a few nucleotide sites). This suggests high sequence conservation and close relationships between different seamount populations. In parallel, the degree of haplotype diversity was high across all seamounts (h values ranging between 0.92 and 0.98). The greatest number of haplotypes (n = 23) and the highest levels of haplotype diversity (h = 0.98) were found at CN. By contrast, there was a low level of nucleotide diversity across all sequences (π = 0.00616), indicating that on average only 0.616% of nucleotides differ between nucleotide sites within all the samples. Intra-population nucleotide diversity levels ranged from π = 0.00546 (YK) to 0.00652 (R.S.A), while inter-population nucleotide diversity levels ranged between π = 0.00582 (between YK and MN) and π = 0.00648 (between CN and R.S.A).

Low FST values (Table 1) and the lack of significant differentiation (following the Bonferroni correction) between any population pairs further supported the concept of panmixia between populations.


TABLE 1. FST results (lower left quadrant) and Bonferroni corrected p-values (upper right quadrant) for pairwise population comparisons (10,000 permutations) of concatenated sequences of the mitochondrial cytochrome c oxidase subunit I and control region.
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AMOVA showed no significant differentiation between populations, with almost 100% of genetic variation deriving from intra-population differences (99.49%). In addition, the Snn value for differentiation between individuals was 0.19678 (p > 0.05), indicating no significant differentiation between populations. Furthermore, inter-population values ranged between 0.41702 and 0.52396, with no significant differentiation (p > 0.05).

No significant values were obtained for Tajima’s D (Table 2). Two significant, negative values for Fu’s F were obtained for the seamount populations at YK and CN. The mean Tajima’s D and Fu’s F results for the greater Tristan da Cunha population were both non-significant. The mismatch analysis’ model of demographic expansion was rejected for the seamount populations at MN and R.S.A (p < 0.05) (Table 2). The seamount population at R.S.A also demonstrated a significant value for Raggedness. No significant deviations from the spatial expansion model [for sum of square deviations (SSD), or Raggedness] were obtained for any of the seamount populations, or the greater Tristan da Cunha population (Table 2). Recent population expansion (within the last 0.05 million years) was evident in all four seamount populations as per the Extended Bayesian Skyline Analysis (Figure 4).


TABLE 2. Results of Tajima’s D, Fu’s F, and mismatch distribution analyses to investigate historical demographic changes within the seamount and greater (mean) populations around Tristan da Cunha.
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FIGURE 4. Extended Bayesian Skyline plots for the (A) Crawford, (B) Yakhont, (C) R.S.A, and (D) McNish seamounts. Time is in units of “million years.” Plots were generated based on concatenated sequences of the mitochondrial cytochrome c oxidase subunit I and control region.




Microsatellite Assessment of Population Genetic Diversity Within the TdC EEZ

In total, 12 polymorphic microsatellite markers were identified to assess genetic diversity and connectivity between populations within the TdC EEZ (Supplementary Table 1). The number of alleles identified at each microsatellite locus ranged from 3 to 14 showing Mendelian inheritance as required to identify familiar relationships. In total, the number of alleles found at each seamount ranged from 61 at R.S.A to 76 at MN.

The microsatellite results are indicative of a single genetic population within the TdC EEZ, with an overall lack of significant deviation from the expectations of the HWE test. This suggests no detection of null, or non-amplifying alleles within loci (Beacham et al., 2008). The mean locus-specific observed heterozygosity (Ho) for all loci was Ho = 0.46 and varied substantially between loci (Table 3). In addition, mean values for Nei’s genetic diversity (hs) ranged from medium to high across all loci, suggesting lack of selective pressures within populations, and instead substantial genetic exchange.


TABLE 3. Locus specific statistics for microsatellite data.
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Allelic richness and genetic diversity did not vary greatly between populations, demonstrating genetic continuity between populations (Table 4). In addition, the lack of deviation from the HWE identified within seamount populations was reflective of random mating within these populations, with FIS ranging from −0.17 to 0.65.


TABLE 4. Summary statistics for each seamount population based on microsatellite data.
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Evidence for panmixia (genetic exchange across populations) rather than elevated inbreeding within seamount populations was shown by the low global heterozygosity deficit value (FIT) for the greater population of H. antarctica (0.1754) and the inbreeding coefficient of individuals (FIS = 0.1779). Finally, the fixation indices of subpopulations in relation to the total population (FST) were low for every locus (Supplementary Table 2) with a mean value of FST = 0.0029 for the greater population. This near zero Weir and Cockerham’s FST value demonstrated that none of the variation within the greater population has resulted from inter sub-population (seamount population) differences, indicating populations at different seamounts are not genetically distinct.

An overarching signature of genetic connectivity, or lack of differentiation, between seamounts was clear within the FST values, AMOVA results and Neighbor Joining Tree. Following correction with the Bonferroni method only one pairwise population FST value significantly differed from zero (p < 0.05); this was for the comparison of populations at the R.S.A and YK seamounts. Despite the significant result, the low FST value obtained indicated minimal differentiation between the populations. The near zero values of FST for the remaining seamount pairs [ranging from FST = 0.00254 to FST = 0.00808 (Table 5)], indicated almost complete panmixia and emphasized the high likelihood of genetic connectivity between populations. The statistical power for detecting structure was found to drop rapidly as FST dropped below 0.0075 (Figure 5). The power calculation estimated that for an FST of 0.0075 there would be an 89% chance that structure would be detected.


TABLE 5. FST values for pairwise population comparisons (lower left quadrant) calculated from microsatellite data.
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FIGURE 5. The statistical power estimated at various level of genetic differentiation for microsatellite analysis.


The standard AMOVA conducted confirmed that the main source of variation within the greater Tristan da Cunha population (almost 99%) was due to differences within seamount populations, rather than differences between seamount populations (approximately 80 and 20%, respectively). Visualization of the pairwise Nei’s genetic distances between individuals in the format of a Neighbor Joining tree demonstrated support for the lack of genetic structuring of individuals according to seamount (Figure 6). Both the DAPC analyses conducted reflected the lack of genetic segregation by seamount (Figure 7). Four key genetic clusters were presented when geographic grouping was not taken into account (Figure 7A), each consisting of individuals from all four different seamounts (Figure 7B). Inclusion of a geographic a priori (Figure 7C) within the DAPC analysis resulted in four overlapping seamount clusters, supporting the hypothesis of panmixia. The clusters for seamount populations CN, R.S.A, and YK appeared to show the greatest overlap, likely reflecting the spatial expansion observed within the mismatch distribution analysis.


[image: image]

FIGURE 6. Circular neighbor-joining tree demonstrating the inferred genetic relationships between the 99 individuals sequenced for microsatellite analysis. Distance bar represents a Nei’s standard genetic distance of 0.08. The two letter code at the end of the tip labels reflects the seamount from which the samples were collected. CF, Crawford; YK, Yakhont; RS, R.S.A; MN, McNish. Please note that no branches had bootstrap support greater than 70%, no bootstrap values have been provided on the figure.
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FIGURE 7. (A) Results of the Discriminant analysis of principal components (DAPC) demonstrating four key clusters within the greater Tristan da Cunha H. antarctica population. (B) The breakdown of the individuals from each sub-population within each cluster demonstrating no clear genetic structure associated with seamount. (C) DAPC conducted with a geographic a priori of seamount site. CF, Crawford; YK, Yakhont; RS, R.S.A; MN, McNish. DAPCs were conducted using microsatellite data.




Population Connectivity of H. antarctica Populations Across the Southern Hemisphere

There was high similarity in genetic diversity throughout populations at Tristan da Cunha, New Zealand, and within eastern and southern Australia, with no clear differentiation in haplotype diversity or haplotype dominance between populations. Such similarity resulted in clustering of individuals from different regions on the same branches (Figure 8).
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FIGURE 8. Unrooted Maximum Likelihood phylogenetic tree built from sequences of mitochondrial CR demonstrating high genetic clustering between individuals from Tristan da Cunha EEZ and wider Southern Ocean populations. The scale bar represents a genetic distance of 0.009. Please note, the East Coast Deep Water site was situated in Australia.


There was a continual reoccurrence of haplotypes across the populations sampled (Figure 9), highlighting the connectivity of H. antarctica populations across the southern hemisphere despite the distance between areas sampled (up to 11,000 km). The FST values calculated, although demonstrating a significant difference between a few isolated populations, were all very low (<0.15), suggesting only low to moderate levels of genetic differentiation (Figure 10 and Supplementary Table 3).
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FIGURE 9. (a) Haplotype network for all CR samples between Tristan da Cunha and the Southern Ocean, (b) map of the full distribution of haplotypes across the southern Ocean, (c) haplotype distribution between Australia and New Zealand, (d) haplotype distribution within Tristan da Cunha.
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FIGURE 10. FST results for pairwise comparisons of sequences from the mitochondrial CR. Significant results (following Bonferroni correction are shown highlighted with an asterisk. (A) FST (out of max of 1, demonstrates low level of differentiation); (B) FST at range of result.





DISCUSSION

Understanding the connectivity between contemporarily fished deep-water finfish populations is vital in understanding the likelihood of species overexploitation and the likely long term sustainability of populations, and if species are rare, the likelihood of local extinction. Here, we focused on understanding the population genetic connectivity of four seamount populations of H. antarctica sampled within the TdC EEZ. Therefore, to provide a baseline of understanding of how populations within the TdC EEZ are connected, we determined historical (mtDNA) and contemporary (microsatellite) population diversity throughout the populations. We found low genetic diversity, as well as an overall lack of phylogeographic (i.e., between seamount) population structure. Although variation in haplotype diversity and allelic richness between populations was high, the actual amount of difference between individuals (in terms of molecular DNA sequence) was low. All four seamount stocks showed high levels of genetic similarity, and should be classified as a single interbreeding population.

The high levels of panmixia (and inferred genetic connectivity) indicated by both the mitochondrial and microsatellite analyses conducted suggest that the four seamount populations form one greater genetic population; this is clear in the clustering presented in the DAPC analysis, wherein genetic clusters are formed of individuals from all seamounts without a geographic a priori, and the overlap of clusters when seamount is taken into account. Such results are in line with those reported for H. antarctica populations within Australia and New Zealand (Bolch et al., 1993; Hindell et al., 2005; Robinson et al., 2008). Importantly, genetic diversity was higher within than between populations, supporting panmixia and the identified lack of geographic population structure across the TdC EEZ populations. In addition, for both the greater TdC EEZ population, and individual seamount populations, the observed and expected heterozygosity values did not significantly differ from HWE proportions. As such, we can assume that genetic drift, and similar compounding factors that may increase inter-population diversity (e.g., inbreeding within seamount populations) are not occurring substantially. Such potential random mating of individuals across the four seamounts may then be partly associated with high juvenile movement between seamounts (as this species has around a 2-year pelagic phase), or post-settlement movement of sub-adult or adult individuals with feeding excursions or when aggregating for spawning.

Investigation of the demographic history of the seamount populations further support the hypothesis of panmixia, with a lack of evidence for selective pressures at any of the seamounts, or within the greater TdC population. The lack of significant Tajima’s D values indicates the populations are evolving as per the expected mutation-drift equilibrium. However, the significant, negative Fu’s F values obtained for YK and CN demonstrate an excess number of alleles at these sites, indicative of recent population expansion or genetic hitchhiking. These results perhaps represent the historical movement of individuals from different seamount populations into these regions, resulting in the observed panmixia. Interestingly, the lack of deviation from the model of spatial expansion obtained during the mismatch distribution analysis provides further evidence of panmixia, with high levels of similarity between all population’s indicative of connectivity through movement. Population expansion at all four seamounts is supported by the Extended Bayesian Skyline plots. The four, non-population specific clusters identified in the non-geographic DAPC may represent a historical genetic structure, formed of distinct sub-populations, prior to spatial expansion and integration of the seamount populations.

Here we provide genetic evidence that seamounts may act as stepping stones for dispersal of H. antarctica across ocean divides. H. antarctica populations show panmixia across the Southern Hemisphere, with evidence suggesting that there is a single panmictic population, at least between Australia/New Zealand and Tristan da Cunha (encompassing a distance of ∼13,000 km). The TdC EEZ lies within the Subtropical Frontal Zone (STFZ; Graham and De Boer, 2013). This region is characterized by enhanced sea surface temperature (SST) gradients and broadly east to north-eastward flows, but with a high degree of spatial and temporal variability in currents. To the south of the EEZ lies a stronger, more persistent eastward current aligned with the southern limit of the STFZ, frequently referred to as the southern subtropical front (SSTF: Graham et al., 2012). Together, the relatively weak and variable flows of the STFZ and northward meanders of the SSTF provide a mechanism for eastward transport of marine biota from the TdC EEZ. Such currents promote the movement of recruits and juveniles of H. antarctica across the Southern Hemisphere, in part due to their pelagic behavior. H. antarctica juveniles are known to associate with surface waters, and are often associated with flotsam, which likely provide shelter and food (Bigelow and Schroeder, 1953; Leim and Scott, 1966; Haedrich, 1967; Horn, 1970; Horn and Massey, 1989; Last et al., 1993; Duffy et al., 2000). Although still little understood, the use of drift algae for shelter by juvenile H. antarctica may potentially structure individual movement, and therefore contemporary population connectivity. In support of this, as this species does not recruit to demersal habitats until it is at least 2 years old, if the association between flotsam and juveniles is long-lived, oceanographic features responsible for the movement of drift algae may have a substantial influence on juvenile distribution (Duffy et al., 2000). For example, at the ocean basin scale, Hindell et al. (2005) argued for the possibility of juvenile H. antarctica associating with pelagic drifting algae that have moved between the east coast of Australia and the west coast of New Zealand, resulting in high connectivity between stocks.

This study provides critical input to the future management of H. antarctica at seamounts within the southern Atlantic. Our work has shown that a better understanding of the geographic and temporal scales of new settler input is needed to guide sustainable management of populations spread across a series of seamounts. Whilst the source of new recruits may be adjacent seamounts, they may also come from geographically distanced habitats, especially those in which large biomass of H. antarctica are apparent (i.e., New Zealand and Southern Australia). In this context, fisheries management measures will need to consider the different scales across which dispersal processes are operating, in order to achieve adequate protection or ensure the provision of networks of connectivity for this species. However, the lack of significant genetic differentiation detected between seamount populations does not necessarily imply that gene flow between populations is high. A small degree of gene flow would be sufficient to prevent genetic differentiation. However, if there is relatively little gene flow between populations then there will be low numbers of effective migrants between the populations, which would be expected to have substantial consequences for population recruitment and recovery following fishing activities (Williams et al., 2017).

Determining fishery stock boundaries is notoriously challenging, and few places more so than in remote deep-water areas. Although we show high levels of genetic connectivity of H. antarctica populations within the TdC EEZ, for management purposes each individual seamount is still recognized as a discrete stock in its own right. Recent work, focusing on Australian H. antarctica stocks, has shown that despite genetic connectivity, fished stocks may show strong similarities in a range of demographic parameters, likely indicating limited movement of adult fish following recruitment (Williams et al., 2017). Within the TdC, our argument for the precautionary approach to management recognizes that the distance between suitable habitats (between 80 and 200 km) with the TdC EEZ may pose little barrier to pre-settlement individuals, though a potentially considerable barrier to movement of post-settlement (adult) individuals. The life history of juvenile H. antarctica, though otherwise poorly known, means that they are able to spread over wide areas but, once they recruit to the adult habitat (bottom 50 m initially in areas <500 m deep), their movements become much more restricted (Williams et al., 2017). Additionally, within the TdC EEZ there are significant differences in H. antarctica life history parameters, and trajectories of catch-per-unit-effort between seamount populations, which is likely a product of differences in productivity between seamounts, and the different histories of fishing activity at each seamount (Bell et al., 2021). If populations are restricted to individual seamounts, localized serial depletion could occur if catches are not spread appropriately across the complete distribution of the fishery. In the TdC EEZ, use of a single management unit may result in higher catch limits but could substantially increase the risk of serial depletion at individual seamounts. Whilst either stock hypothesis remains scientifically plausible, the lack of consistency between different data sources in this case supports the need for a precautionary approach to management. This underlines the challenge of defining stock boundaries, and their relation to that of their respective populations, particularly for deep-water species where life history information is generally scarce.
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Seamounts and oceanic islands rise from the seafloor and provide suitable habitat for a diverse range of biological assemblages including Vulnerable Marine Ecosystems (VMEs). Whilst they have been the focus of some work globally, there has been little description of the biological and physical environments of seamounts in the South Atlantic Ocean. In this study, we characterized benthic assemblage composition from 13 seamounts and oceanic islands spanning 8–40°S within the exclusive economic zones (EEZs) of Ascension Island, Saint Helena and Tristan da Cunha. Drop camera imagery was collected between 170 and 1000 m. All fauna present in images were identified and quantified, and multivariate statistics were used to describe biological assemblages and identify their environmental drivers. Benthic communities of temperate regions (Tristan da Cunha archipelago) were shown to be distinct from those found in the tropics, with latitude and depth identified as key environmental drivers of assemblage composition. Our results are consistent with the current understanding of the biogeography of the South Atlantic, both in terms of the distinction between tropical and temperate regions, and the influence of depth and water mass structure on assemblage distribution. Faunal assemblages are similar to those observed in the North Atlantic in terms of functional groups. VMEs are present within the EEZs of all three territories and are potentially protected from some threats by large marine protected areas (MPAs). Our imagery, data and analyses provide a baseline for south Atlantic seamounts so that future monitoring can establish whether existing protected status is sufficient to conserve both unique biodiversity and considerable potential for vital ecosystem services.
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INTRODUCTION

Seamounts are features generally defined as rising more than 1000 m off the surrounding seabed and are found in all ocean basins (Clark et al., 2010). Estimates of their number vary based on methods of identification and detection, but recent studies propose values between 25,000 and 35,000 (Kim and Wessel, 2011; Yesson et al., 2011). If seamounts break the surface, they are referred to as oceanic islands, many of which are very isolated. In the South Atlantic, the United Kingdom Overseas Territory (UKOT) of Saint Helena, Ascension and Tristan da Cunha is made up of three geographically separated islands/island groups spanning ∼8 to ∼40°S. These islands function similarly to seamounts in the sense that they provide a hard substrate habitat in an otherwise largely soft substrate deep sea (Rogers, 1994), as well as providing benthic habitat in areas that would otherwise be pelagic and thus are important in sustaining populations of benthic fauna, particularly when they are part of mid-ocean ridge systems (Priede et al., 2013). Seamounts are also associated with increased production in surface waters due to the trapping of diurnally migrating zooplankton over the summit (Clark et al., 2010). This attracts subsequent activity from organisms further up the trophic chain, all resulting in increased carbon flux to depth, which facilitates higher species richness and supports increased benthic biomass (Samadi et al., 2006).

Seamount benthic macrofauna is typically dominated by sessile, filter feeding fauna (Samadi et al., 2007; Rogers, 2018), with the flank regions often home to large, fragile cold-water coral (CWC) reefs (Roberts, 2002; Rogers et al., 2007). Seamounts in the South Atlantic are understudied (Clark et al., 2010), particularly with regards to the structure of benthic assemblages. The Vitória-Trindade seamount chain (VTC) found off the coast of Brazil in the southwest Atlantic has been the focus of a number of studies. However, most either study the shallower mesophotic communities (e.g., Pereira-Filho et al., 2012; Meirelles et al., 2015), or only consider certain taxa (Leal and Bouchet, 1991; Santos et al., 2020). O’Hara et al. (2010) investigated the environmental drivers of assemblages across the VTC, but data are based on presence-absence at the species level and therefore cannot be used to compare biological descriptions of assemblages. They do however provide a list of the six invertebrate phyla recorded, all of which are common to seamounts.

Caselle et al. (2018) carried out surveys to investigate the assemblage structure at Tristan da Cunha in the southeast Atlantic, although this largely focused on deep water vertebrates; Supplementary Material lists records of habitat forming organisms in deep water including gorgonians, antipatharians and sea pens. Seamounts on the Walvis Ridge in the southeast Atlantic are known to contain diverse assemblages of both fish and benthic invertebrates including CWC reefs (FAO, 2016). With a subset of the data used in this study, Barnes et al. (2019) describe deep water assemblages around Ascension Island as often dominated by ophiuroids and corals, and assemblages on the surrounding seamounts being dominated by sessile suspension feeders.

There are many environmental factors that can influence both the composition and distribution of benthic assemblages on seamounts and oceanic islands, as well as their overall species richness. These include, but are not limited to, depth (Boschen et al., 2015), biogeographic region (McClain et al., 2009), local hydrodynamic regime (Levin and Thomas, 1989), surface productivity (Hernández-León et al., 2020; Bridges et al., in review), particulate organic carbon (POC) flux to depth (Morgan et al., 2019), temperature (O’Hara and Tittensor, 2010; Woolley et al., 2016), and topography and substrate type (Lundsten et al., 2009). In the South Atlantic, O’Hara et al. (2010) identified distance from shore, temperature, dissolved oxygen and POC as important environmental predictors of assemblage composition along the VTC. Depth, and/or covariate environmental parameters such as temperature, are known to play a significant role in structuring assemblages in the deep-sea (Howell et al., 2002; McClain et al., 2010; Long and Baco, 2014). However, the magnitude of the effect of depth and associated environmental variables varies, as does the effect when focusing on specific taxa versus full assemblages. Howell et al. (2002) investigated the depth-related distribution and abundance of seastars in the Porcupine Seabight area of the North Atlantic, and found that there was ∼ 20% turnover every 1000 m descended, although rate of turnover varies with depth. Focusing on broader megafaunal community structure, McClain et al. (2010) reported a 50% change in assemblage composition with every ∼1500 m descended on Davidson Seamount in the Northeast Pacific, whilst Long and Baco (2014) reported a 93% species turnover with a depth change of ∼200 m in the Makapu’u coral bed off Hawaii.

Despite their importance as biodiverse ecosystems and as being essential feeding hotspots for pelagic predators and seabirds (Hosegood et al., 2019; Requena et al., 2020), seamounts face anthropogenic threats. Perhaps the most obvious human-induced pressure on seamounts comes in the form of fisheries, with Clark et al. (2007) reporting that in the late 1960s, at least 2 million metric tons of deep-sea species were trawled from seamounts globally. Their significance as fishing grounds is somewhat due to the presence of large coral and sponge gardens and reefs (Rogers et al., 2007) which provide essential nursery habitat for many commercial fish species (Baillon et al., 2012). Benthic trawling damages, or, in the worst case, removes these habitats, as well as the target species within them. Although particularly vulnerable to overexploitation (Watson et al., 2007), some seamount fisheries are considered to be sustainable; typically for high-value species at low quantities (Clark, 2009). In addition to fishing pressure, many seamounts are also considered prospective deep-sea mining sites due to the high concentrations of desirable metals found within the crust that forms on seamounts (Hein et al., 2000), and exposed to increasing pollution in the form of marine plastics (Barnes et al., 2018).

The vulnerability of fragile ecosystems often found in high concentration on seamounts, combined with the observed negative impacts of bottom trawling (Clark et al., 2016) prompted calls from the United Nation General Assembly (UNGA) to address issues surrounding the management of deep-sea fisheries, leading to the adoption of UN resolution 61/105, and subsequent resolutions, to protect Vulnerable Marine Ecosystems (VMEs) such as CWC reefs. This resolution requires that all Regional Fisheries Management Organisations (RFMOs) that manage fisheries in Areas Beyond National Jurisdiction (ABNJ) adopt a precautionary principle so as to mitigate any significant adverse impacts to VMEs (including those found on seamounts). Although measures implemented by some RFMOs have been effective, others require additional scientific and legal support to meet this objective (Bell et al., 2019). This resolution, combined with the subsequent development of the International Guidelines for the Management of Deep-sea Fisheries in the High Seas (FAO, 2009), mean that in some scenarios, a level of protection is applied to seamounts in ABNJ.

Although the vast majority of seamounts fall in ABNJ, some states, particularly small-island nations and territories like the UKOTs, have multiple seamounts within their exclusive economic zones (EEZs) (Yesson et al., 2011), and therefore offer a chance to significantly advance the conservation of seamounts. Those within the EEZs of Ascension Island, Saint Helena and Tristan da Cunha are now managed as part of large marine protected areas (MPAs) and/or a combination of fishing and no take zones in the South Atlantic. In order to fully understand the conservation significance of these large MPAs and to support future management plans, it is important to characterize seamounts, and understand the ecology, distribution and environmental drivers of the species and habitats in the region (Ardron, 2008). This will allow managers to ensure the correct tools (e.g., area based management tools such as MPAs) are employed in the optimal locations. For example, regional ecological and environmental characterization is important to ensure population connectivity is maintained (Christie et al., 2010; Sundblad et al., 2011; Ross et al., 2017; Balbar and Metaxas, 2019), and an understanding of species and/or habitat distribution is important in making sure representative areas are protected as opposed to atypical ones (Rice and Houston, 2011; Sundblad et al., 2011). With this in mind, this paper aims to: (1) identify the broadscale environmental drivers of seamount benthic assemblage structure in the South Atlantic; (2) characterize the benthic assemblages of South Atlantic seamounts; and (3) identify VMEs protected by each large MPA to support future spatial management.



MATERIALS AND METHODS


Study Area

Saint Helena, Ascension Island, and Tristan da Cunha (henceforth referred to as St. Helena, Ascension and Tristan) make up a single UKOT in the South Atlantic Ocean (Figure 1). These oceanic islands have steep, shelving sides and the seabed descends into deep water (200 m+) very close to shore. Ascension forms part of the mid-Atlantic Ridge (MAR), St. Helena forms part of the Guinea seamount chain, and both are located within the tropics. Tristan is at the most westerly point of the Walvis Ridge and is therefore temperate. In all cases, over 90% of the EEZ is comprised of waters deeper than 1000 m.


[image: image]

FIGURE 1. The South-east Atlantic Ocean with the Exclusive Economic Zones of Ascension Island (A), Saint Helena (B), and Tristan da Cunha (C) are drawn in white and correspond to Figures 3A–C. Underlying bathymetry is cropped for the region from General Bathymetric Chart of the Oceans (GEBCO_2014 Grid, version 20150318). Map drawn in WGS84.


All three islands have implemented marine protection regimes in their EEZs that range in protection level.1 The Ascension Island MPA covers the whole EEZ at just over 440,000 km2 and was designated in 2019; within the MPA, both commercial fishing and mining are prohibited. St. Helena designated their whole 451,000 km2 EEZ an IUCN Category VI MPA in 2016, allowing for “sustainable use of natural resources.” Whilst commercial fishing is allowed on a permit basis, non-scientific bottom trawling is prohibited throughout the whole MPA. In late 2020, Tristan da Cunha announced the designation of their Marine Protection Zone (MPZ). Unlike the other two islands, the MPZ is sectioned into “fully protected” (i.e., no-take) and “sustainable fishing” zones; the latter surround the two island groups and sections of four seamounts. Again, non-scientific bottom trawling is banned throughout the whole EEZ.



Sampling Methods

A bespoke camera lander [Shallow Underwater Camera System (SUCS), Figure 2] was used to collect image data from between 170 and 1000 m in cluster transects (n = 74) across 13 different seamounts and oceanic islands. Cluster transects refer to groups of images, haphazardly spaced between 5 and 10 m of each other, with all images from an individual transect taken within 100 m of each other to capture relevant environmental heterogeneity. The SUCS tripod design allows the lander to settle perpendicular to the sea floor using weights to steady itself, and capture high-resolution images (mean of 18.9 per transect, see Supplementary Material for full breakdown) of 0.14 m2 area using a five megapixel Allied Vision Prosilica GC2450 camera, a Fujinon HF12.5SA-1 lens and twin variable intensity lights, all controlled from a desktop computer on ship. Whilst the SUCS is appropriate for the collection of imagery to characterize benthic assemblages, some areas of extremely high slope cannot be sampled. An Ultra Short Base Line (USBL) beacon mounted on the camera lander allowed for an accurate Global Positioning System (GPS) position to be obtained.
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FIGURE 2. British Antarctic Survey’s Shallow Underwater Camera System (SUCS). Photo credit: David Barnes.


All data were collected during the 2013 [JR287, Barnes et al. (2013)], 2015 [JR864, Barnes et al. (2015)], 2017 [JR16-NG, Barnes et al. (2019)], and 2018 [JR17-004, Morley et al. (2018)] cruises of the RRS James Clark Ross, and a 2019 cruise on the RRS Discovery [DY100, Whomersley et al. (2019)]. Two cruises visited each of Ascension and Tristan, with sampling targeted toward the oceanic islands themselves in 2013 and 2015, and offshore seamounts in 2017 and 2018 (Figures 3A,C). Due to a mechanical fault with the SUCS, deployments were only made in the St. Helena EEZ in 2019 but targeted both the main island itself and two offshore seamounts (Figure 3B). Transects within each UKOT EEZ (henceforth referred to as territories) were collected from multiple seamounts/islands (henceforth referred to as sites). A breakdown of the sampling structure is presented in Table 1 with transect depths available in the Supplementary Material.
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FIGURE 3. Camera deployments plotted on high-resolution bathymetry across: (A) all four sites within the Ascension Island EEZ, (B) all three sites within the Saint Helena EEZ, and (C) all six sites within the Tristan da Cunha EEZ. Insets show each of the bathymetric features sampled in each territory. Underlying bathymetry from General Bathymetric Chart of the Oceans (GEBCO_2014 Grid, version 20150318). Map drawn in WGS84.



TABLE 1. Breakdown of transects (n = 74) per site (n = 13) and per territory.

[image: Table 1]Multibeam seabed mapping using Kongsberg EM122 and EM710 multibeam echosounders allowed for characterization of the sites prior to equipment deployments to ensure suitability for the SUCS. Agassiz trawls were used to collect physical specimens for laboratory-based identification, and temperature and oxygen profiles were recorded using a CTD at each transect.



Image Analysis

A total of 1,398 images were quantitatively analyzed using a combination of ImageJ (Schneider et al., 2012) and BIIGLE, the latter of which is an online platform designed for the annotation of images (Langenkämper et al., 2017). All organisms identified as distinct morphospecies were assigned an operational taxonomic unit (OTU). OTUs were identified to the highest taxonomic resolution possible, facilitated through comparison of image data with physical specimens collected (by mini-Agassiz trawl), and the Howell et al. (2017) deep-sea species image catalog. All individuals were counted up to 100, with some encrusting and reef-forming species recorded as percentage cover. For these OTUs values used were either 1% (as most were only present in very small abundances per image), or between 10 and 100% in 10% increments.

Primary and secondary substrate type(s) were recorded using the following categories based on Wentworth (1922): bedrock, reef framework, live reef, cobbles, coral rubble, pebbles, coral gravel, gravel, and sand (Supplementary Material). Images were also assigned a substrate hardness score based on the types and proportions of each substrate observed in the image on a six point scale where 1 would equate to 100% sand and 6–100% bedrock. For example, if 50% of the image was comprised of sand and 50% comprised of rock, the hardness score would be 3 to weight each substrate appropriately.

The Food and Agriculture Organization (FAO) developed the International Guidelines for the Management of Deep-Sea Fisheries in the High Seas (FAO, 2009) which lists five characteristics that lead to the designation of marine ecosystems as VMEs: (1) uniqueness or rarity; (2) functional significance of the habitat; (3) fragility; (4) life-history traits of component species that make recovery difficult; and (5) structural complexity. Transects were assessed as to whether authors considered them VMEs based on whether they meet any of the five criteria above, presence of the list of VME indicators provided by the South East Atlantic Fisheries Organisation (SEAFO) and habitat types listed in ICES (2016). There is currently no accepted framework from which to designate VMEs from imagery, although efforts are underway to propose both a classification and density thresholds (e.g., ICES, 2020; Rowden et al., 2020). It has however been confirmed that expert opinion can often determine VME status based on a single image, particularly when considering coral reef structures (Baco-Taylor et al., 2020).



Environmental Data Preparation

Raw multibeam files were cleaned, gridded at 25 m cell size in QPS Qimera v2.1.1 and projected from the native projection into Goode Homolosine Ocean in ArcGIS v10.7. The Benthic Terrain Modeler plugin (Walbridge et al., 2018) was used to derive rugosity, slope, fine-scale bathymetry position index (FBPI), broad-scale bathymetric position index (BBPI) and curvature. The inner and outer radii for BBPI and FBPI were 8 and 40 and 1 and 8, respectively, facilitating identification of megahabitats >1 km (e.g., banks and plateaus) and mesohabitats <1 km [e.g., gulleys and reefs; Greene et al. (1999)].

Particulate organic carbon flux to depth values at a five arcmin resolution (approximately 9.2 km at the equator) taken from Lutz et al. (2007) were resampled and re-projected to a 25 m resolution in Goode Homolosine Ocean. Mean surface primary productivity data were downloaded from Bio-Oracle, an online database of environmental variables for ecologists, and also resampled and re-projected from five arcmin to 25 m (Assis et al., 2018). It is important to note that this resampling does not alter the resolution of the underlying data, it simply splits grid cells into smaller cells to allow for raster stacking in mapping programs.



Statistical Analysis

To allow for single combined analysis of OTUs, abundance and percent cover datasets need to be brought onto the same scale by dividing one dataset by a selected value so as to equal the range of the other [as per Howell et al. (2010)]. The two datasets were checked and their distributions deemed similar enough to combine; both also ranged from 0 to 100, therefore no division was required, but data were square-rooted to account for high abundances of certain OTUs (namely reef-associated ophiuroids). A Bray-Curtis similarity matrix was created in Primer v.6 (Clarke and Gorley, 2006) for the 74 transects. Similarity/dissimilarity between samples was visualized using hierarchical cluster analysis (CLUSTER) with a SIMPROF test (at p = 0.05). Two Similarity Percentage Routines (SIMPER) were performed to determine: (1) the dominant taxa driving the distinction between SIMPROF clusters, and (2) the taxa that characterize each territory. These were run using a 50% cumulative cut-off.

Environmental data (latitude, longitude, surface primary productivity, depth, rugosity, curvature, slope, FBPI, BBPI, substrate hardness and POC flux to depth) were visualized using Draftsman’s Plots and rugosity was log-transformed as the raw distribution was skewed. A distance-based linear model (DistLM) from the PERMANOVA + software (Anderson et al., 2008) was run in Primer v.6 with all 11 variables to ascertain whether they were individually significant predictors of assemblage structure, requiring the analysis to also print a correlation matrix (Supplementary Material). Correlations >0.7 were considered strong and therefore one of each correlated pair was removed for further analysis based on the ecological relevance of the correlate, and their individual performance in DistLM marginal tests. A DistLM using the final variables was then run on the assemblage composition matrix. This determined which potential environmental drivers could best describe the relationship between assemblage structure and the environmental data using Akaike information criterion (AIC) as the selection criterion and a step-wise selection procedure, with 9,999 permutations to test significance. Distance-based redundancy analysis (dbRDA) plots were used to visualize the DistLM results in 2 dimensions.



RESULTS


Environmental Drivers of Assemblage Structure

The correlation matrix with the 11 environmental variables revealed one correlation coefficient > ± 0.7 (surface primary productivity and latitude), and exploration of variable contribution and significance using DistLM marginal tests revealed both correlates were individually significant. Latitude was selected over surface primary productivity for further analysis as it can be assumed a proxy for other variables. Therefore, the following 10 variables were taken forward for analysis in the DistLM: latitude, longitude, depth, rugosity, curvature, slope, FBPI, BBPI, substrate hardness, and POC flux to depth. The optimum solution from the DistLM routine produced a model with an AIC of 603.65 and is detailed in Table 2. The five selected variables combined explain approximately 27% (R2 0.268) of the variation in the assemblage structure across the three territories. Latitude was the only variable that individually accounted for >5%. Substituting latitude for surface primary productivity in the available variables list did not significantly change the proportion of variance explained by the five selected variables, although it did alter the order of longitude and FBPI (results available in Supplementary Material).


TABLE 2. The primary environmental drivers of benthic assemblage structure identified by DistLM with associated metrics.

[image: Table 2]Distance-based redundancy analysis plots allow visualization of the DistLM results for each significant environmental variable (Figure 4). Decreased latitude (poleward movement) drives the separation between Ascension and St. Helena transects and those from Tristan. Increased slope also appears important in separating the tropical from the temperate, although the variance in the biological data that it explains was relatively minor. Depth was important for structuring communities at all territories. The dbRDA plotted by SIMPROF clusters is available in the Supplementary Material.
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FIGURE 4. Transects are displayed on the dbRDA plot allowing visualization of the DistLM. Each individual transect is plotted with colors representing the territory in which they occur.




Biological Assemblages

A SIMPROF routine identified 22 biologically distinct assemblages labeled alphabetically from a to v (Supplementary Material); environmental characteristics of these are presented in Table 3. Sixteen of the assemblages comprise transects exclusively from Tristan, whilst the remaining six clusters contain transects from Ascension and St. Helena mixed together. A collapsed version of the dendrogram at 22% similarity is seen in Figure 5. After the latitudinally driven split at ∼5% similarity, depth appears to become a driving factor (see Supplementary Material for transect depth values). Alternative visualization of the SIMPROF clustering is presented in the Supplementary Material. Nine clusters (a, b, d, e, f, l, o, p, and r) contained only one transect. Some of these were deemed outliers due to emptiness; for example, the transect listed as assemblage “r” contains very few live taxa and is unlike any other area imaged. Others represent the only transect from a specific site, for example, assemblage “b” contains the only transect from around Nightingale Island in the Tristan EEZ but is ∼45% similar to other temperate island transects (Figure 5). Full environmental characterization for all clusters (including those containing only one transect) and example images can be found in the Supplementary Material.


TABLE 3. Overview of environmental data, suggested VME classification and taxon composition (determined by SIMPER) of individual SIMPROF clusters.

[image: Table 3]
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FIGURE 5. Cluster dendrogram from the Similarity Profile Analysis (SIMPROF) routine on the assemblage composition of each transect revealed 22 statistically significant biological assemblages. These have been collapsed at 22% similarity into major groupings with descriptions and SIMPROF cluster labels in brackets (refer to Supplementary Material for transect descriptions, or Table 3 for cluster descriptions). Nodes containing multiple, distinct clusters are denoted by dashed, blue lines. The dashed red line depicts the latitudinally driven split at ∼5% with the tropical clusters positioned above the line (excluding cluster a), and the temperate below. Supplementary Material gives an alternative visualization.


Transects from Ascension and St. Helena split into three main clusters (t–v, Figure 5). Cluster t contains 14 shallower transects and is characterized by a range of substrates both hard and soft, reflected in an average substrate hardness of 3.7/6 (Table 3). The remaining two large clusters (u and v) have similar average depths (Table 3), but are much more homogenous in their substrate, with the first containing all soft substrate transects and the second largely hard substrate transects, again reflected in their average substrate hardness scores (Table 3). These tropical clusters contain transects from multiple seamounts across both territories suggesting similar assemblages across the EEZs of Ascension and St. Helena.

Transects from Tristan cluster in smaller groupings (b–q), also appearing to cluster initially by depth (Figure 5), however this is followed by further splitting based largely on individual sites (Table 3), suggesting a larger diversity of communities among seamounts at this location.


Faunal Comparisons at the Territory Level

Faunal similarity between the territories is variable. Tristan is the most distinct with 3.17 and 4.13% similarity with Ascension and St. Helena, respectively, and is characterized by encrusting sponges, hard-bottom Caryophyllia spp. cup corals, massive structure-forming sponges, hydroids and non-reef-associated ophiuroids (Ophiomusium sp.). Tristan transects also share the highest within-group similarity at 27.48% (Table 4).


TABLE 4. Taxon composition (determined by SIMPER) of territories.

[image: Table 4]The within-group similarities for Ascension and St. Helena transects are substantially lower at 8.68 and 9.33%, respectively. Ascension is characterized by CWC reef-associated ophiuroids, soft-bottom cup corals from the Caryophyllidae family and prawns; St. Helena is characterized largely by cidarid urchins and CWC reef-associated ophiuroids (Table 4). A reef-building scleractinian coral (Desmophyllum pertusum, formerly Lophelia pertusa) is also present throughout numerous transects but in very low abundances in both territories.

Of the 36 transects from the Tristan EEZ, 53% were determined as VMEs based on the habitat types listed in ICES (2016) and assessment against the FAO criteria (FAO, 2009). This was substantially higher than the 24 and 23% from Ascension and St. Helena, respectively (Table 5). There was also a higher number of different VME types observed at Tristan compared to the other two territories.


TABLE 5. Number of transects per territory deemed Vulnerable Marine Ecosystems [as listed in ICES (2016)], some of which present as a mosaic of >1 type.

[image: Table 5]


Faunal Comparisons Between Clusters

In the tropics mid-depth transects (cluster t) were characterized by CWC reef-associated ophiuroids, cidarid urchins and soft-bottom cup corals (Table 3). D. pertusum reef is a VME habitat and was observed in 6 of the 14 transects within this cluster, and a sea pen field was also recorded. The remaining two deeper tropical clusters (u and v) appear to split based on their substrate, with the hard-bottom cluster being characterized by serpulid worms, decapods and brachiopods, and their soft-bottom counterparts characterized by soft-bottom cup corals and gastropods (Table 3). Solenosmilia variabilis reef (a VME habitat type) was present in 2 of the 13 transects in cluster v; cluster u contains no VME habitat types. All three tropical clusters have comparatively fewer characterizing taxa than temperate clusters, with a higher dominance of some taxa leading to decreased diversity (Bridges et al., in review).

The nodes at which clusters split into distinct communities for the Tristan groups are located at much higher values along the similarity axis, suggesting differences between the assemblages in temperate latitudes are more subtle. Shallower (ca. 170–300 m) communities (clusters c, h, j, m, and n) are characterized by structure-forming and encrusting sponges and hard-bottom Caryophyllia spp., with four of the five assemblages considered coral garden VMEs, with antipatharians, stylasterids and gorgonians present. Mid-depth (ca. 330–500 m) communities (clusters g and k) are characterized by small hydroids, structure-forming sponges and often Ophiomusium sp., and of the five transects that constitute cluster k, one of these contains D. pertusum reef. For many of the Tristan clusters, the environmental conditions are similar, except for the fact they are on different seamounts/different sides of the same seamount. In these clusters, the characterizing taxa are often the same/similar, but the relative abundances are different, resulting in separate clustering. The deeper temperate assemblage (cluster q) is characterized more by sponges and brachiopods that represent the associated fauna of coral gardens and S. variabilis reef.



DISCUSSION


Environmental Drivers

Our observations suggest that the major large-scale drivers of seamount benthic assemblage structure in the South Atlantic include latitude, depth, longitude, FBPI, and slope (Table 2). This concurs with the current understanding that variables correlated with latitude and depth are strong drivers of epifaunal community composition on seamounts (McClain and Lundsten, 2015; Du Preez et al., 2016; De la Torriente et al., 2018, 2019; Morgan et al., 2019), as well as in other deep-sea ecosystems (Rowe and Menzies, 1969; Rex, 1981; Billett et al., 2001; Ruhl and Smith, 2004).

Latitude in itself is not ecologically relevant, but it acts as a proxy for other variables. Surface primary productivity typically increases with distance from the equator; it was strongly correlated with latitude (−0.99), and when used in the DistLM, yields the same results of ∼15% variation explained. Food availability has been found to strongly influence community structure in deep-sea ecosystems (Billett et al., 2001; Ruhl and Smith, 2004; Smith et al., 2008; Leduc et al., 2014). Varying levels of resource (food) availability impacts the abundance of most groups of taxa, leading to differences in assemblage structure (this is further explored in relation to specific biological assemblages observed in section “Biological Communities”).

The orientation of depth in Figure 4, as well as the clustering patterns in Figure 5, show that it is heavily involved in structuring the communities within each territory. Depth is commonly assessed as a key driver of faunal composition in the deep sea (Rex et al., 1997; Levin et al., 2001; Howell et al., 2002; Stuart and Rex, 2009; Rex and Etter, 2010), but it is the correlated variables that are more ecologically relevant, including temperature and water mass structure among others. Temperature is key in driving species distributions because it is an important regulator of metabolism. It is therefore likely that some of the importance attributed to depth in shaping benthic assemblages actually reflects the importance of temperature.

Water mass structure has been found to be a key determinant of faunal composition in the deep sea (Tyler and Zibrowius, 1992; Koslow, 1993; Bett, 2001; Howell et al., 2002). In this study the effect of water mass structure on driving the distinction and distribution of biological communities is particularly evident when focusing on the clustering patterns of the Tristan transects. Tristan da Cunha comprises four oceanic islands: three (Tristan, Nightingale, and Inaccessible) are in the northern section of the EEZ around 37°S and the fourth, Gough Island, lies to the south at ∼40°S. The Subtropical Convergence Front (STCF) lies between the two island groups and refers to where the warmer, temperate waters of the South Atlantic Gyre (SAG) meet the colder waters of the Subtropical Convergence Zone (Smythe-Wright et al., 1998). The exact location of the STCF fluctuates temporally, shifting north in the austral summer and south in the austral winter. The island group in the north always falls within the SAG meaning it receives warmer, temperate waters all year round, and Gough Island always sits in the Subtropical Convergence Zone meaning it is always surrounded by cooler water. Gough used to be subject to colder fronts that traveled further north than present day, hence the presence of sub-Antarctic bryozoans (Barnes and Griffiths, 2007). In contrast, the seamounts between the island groups are subject to large variations in temperature and salinity (and therefore water mass structure) depending on the time of year. This dynamic oceanographic regime means that dependent on where a feature is within the Tristan EEZ, it could be in one of three separate oceanographic systems (because the far south of the EEZ falls within the subantarctic frontal region), and thus support different faunal communities. In order to further explore this, temporal monitoring of water properties at the Tristan sites would be beneficial to map water mass movement. Contrastingly, the EEZs of Ascension and St. Helena are characterized by less complex water mass structures, with less variability in water mass characteristics, potentially driving less divergence in faunal communities (Peterson and Stramma, 1991).

Topographic variables including slope and bathymetric position index (BPI) are, as our results support, often identified as key drivers of benthic assemblages in the deep sea, both at the inter- and intra-seamount level (Boschen et al., 2015; Morgan et al., 2019). Slope and BPI can be used to infer the geomorphology of a region (Greene et al., 1999), which in turn can provide insight into the hydrodynamics, and thus substrate types observed within an area (Stephens and Diesing, 2015).

Steeply sloping areas such as those sampled at Ascension (and to a lesser extent St. Helena) are typically characterized by fast flowing bottom currents that can scour the seabed, in some cases revealing the bedrock (Stephens and Diesing, 2015). CWC reefs built of species such as D. pertusum (examples of which were recorded in all territories) are thought to favor these locations due to the increased food supply available to filter from the faster bottom currents. In much of our imagery from the tropical transects, the CWC reef was dead resulting in assemblages strongly dominated by reef-associated ophiuroids (cluster t). This link between the distinct ophiuroid-dominated assemblages and high slope areas that were once home to live CWC reefs may somewhat explain the identification of slope as a significant driver of benthic assemblage structure in the South Atlantic. The wide range of FBPI values at Ascension and St. Helena suggest the seabed is relatively “bumpy,” with parts that sit above or below surrounding areas such as gulleys and reefs. These seabed depressions allow for the accumulation of sediments within them, hence the identification of some soft substrate assemblages within the tropical data (e.g., cluster u), providing a link between geomorphology and substrate type. However, the sampling restrictions of the SUCS under-represent steeper areas and cliffs, and thus potentially miss additional biodiversity (Huvenne et al., 2011).

More gently sloping areas can also be found on seamounts, typically around the summit region. These areas are generally subject to slower currents that allow for the build-up of sediment to create soft substrate environments, or allow for the accumulation of cobbles that are not swept away (as frequently observed at Tristan). These rocks increase substrate heterogeneity that has been shown to increase the macrofaunal diversity of an area due to required adaptations (Taylor and Wilson, 2003; Bergmann et al., 2011; Roy et al., 2014), and slower currents may also mean a wider range of filter feeding taxa can survive here without the risk of delicate feeding appendages being damaged by fast flows. This is evidenced by the wide range of small, filter-feeding taxa observed in many communities at Tristan (e.g., cluster h, Tables 3, 4).

Whilst average substrate hardness was not identified as a significant driver in the final DistLM, it was identified as individually significant in the preliminary marginal tests. It is possible that the importance of substrate type in driving assemblage structure within this dataset is represented in the identification of slope (steeper areas lead to more exposed hard substrate and CWC reef communities) and FBPI (depressions become filled with soft substrate) as significant drivers. This would concur with studies such as Serrano et al. (2017) who identified depth and substrate type as a primary driver of soft substrate benthic assemblage distribution, and slope as a key determinants in the distribution of hard substrate assemblages. Our results report the significance of variables that Serrano et al. (2017) used to predict the distribution of both hard and soft substrate assemblages, thus suggesting our results capture the variability in drivers between substrates across the basin.

The majority of previous studies focusing on benthic assemblages on seamounts investigate individual seamounts (McClain and Lundsten, 2015; Victorero et al., 2018; Morgan et al., 2019). Those that have investigated assemblage structure and/or its drivers over multiple seamounts (Howell, 2010; O’Hara et al., 2010; Boschen et al., 2015; Clark and Bowden, 2015) have done so from the same geological feature/ridge system, and therefore often only present data from a single biogeographic region. This study compares a total of 13 seamounts/oceanic islands across 32 degrees of latitude, from different biogeographic regions (Zezina, 1973, 1997; Sutton et al., 2017). Despite this, as previously detailed, the five variables identified as significant drivers of assemblage structure are similar to the results yielded in studies focusing on smaller regions or individual seamounts. This similarity suggests that results obtained in this study are representative of reality and are not an artifact of data structure. Because the five variables identified here as significant are so over the vast latitudinal range of the data, individual site-specific drivers, such as small-scale local hydrographic features, have likely been overlooked because they are not representative of the whole dataset. In this sense, we have been able to identify common variables across the basin, and therefore those that are likely to influence many seamounts (at least in tropical and temperate areas). Whilst this represents a significant progression in the understanding of seamounts in the South Atlantic, it is important to continue to assume a precautionary stance when generalizing these ecosystems.



Biological Communities

The SIMPROF test identified a large number of assemblages present at Tristan (16 out of 22) in comparison to the six clusters containing all transects from Ascension and St. Helena (Figure 5), suggesting that assemblage diversity is higher at Tristan than the other territories. Spatial and seasonal differences in water mass structure, as outlined above, across the Tristan EEZ likely explain why the biological data from Tristan splits into many distinct assemblages; there will be taxa acclimated to the warmer waters around the northern island group, some to the cooler waters around Gough Island and a number of assemblages on the seamounts that can tolerate fluctuations in temperature and salinity throughout the seasons. Although increased productivity due to frontal proximity may explain high numbers of assemblages in temperate latitudes, it is important to note that six sites (i.e., seamounts and oceanic islands) were sampled at Tristan in comparison to the three at St. Helena and four at Ascension. The disparity in the number of different sites sampled per EEZ is likely somewhat responsible for the higher numbers of assemblages observed at Tristan, also possibly confounded by the fact that the Tristan EEZ forms a larger area than the EEZs of the other territories due to the location of the southern island group.

Tristan’s benthic assemblages are characterized largely by filter-feeding taxa such as sponges (both structure-forming and encrusting) and hard-bottom Caryophyllia cup coral species. Contrastingly, tropical benthic assemblages found at Ascension and St. Helena are frequently dominated by scavenging and/or detritivorous taxa including CWC reef-associated Ophiuroidea (brittle stars) and cidarid sea urchins (Table 3). Surface primary productivity is thought to drive diversity patterns in the deep sea (e.g., Sun et al., 2006; Woolley et al., 2016; Bridges et al., in review), but less work has focused on the effect it may have on community structure. Benthic taxa inhabiting the seafloor below oligotrophic, low productivity surface waters such as those in the tropics are likely to have developed strategies to help cope with the sporadic food (energy) supply, and/or are less likely to have feeding strategies that heavily/solely depend on sinking organic matter. Due to the specialist strategies employed by successful species in these low productivity regions, communities may be more likely to display high levels of dominance by fewer, more specialist taxa that are able to thrive. This description is reflective of the patterns and communities observed at Ascension and St. Helena. In contrast, Tristan is surrounded by high-productivity waters and the deep-sea benthic taxa here are likely accustomed to relatively plentiful sinking organic matter upon which suspension and deposit-feeding taxa heavily rely. The greater food supply may, support more ecological niches, leading to communities at Tristan that: (a) are comprised of different taxa to those found in lower productivity areas resulting in separate SIMPROF clusters, and (b) have a higher species richness, with less dominance by few, specialist taxa. This is evidenced by the higher number of characterizing taxa (and thus more even communities) counted in the 16 Tristan assemblages (Table 3), as well as the dominance of filter-feeding taxa (sponges, hydroids, corals etc.). Similar results linking high variability in community structure to surface chlorophyll-α concentration are described by Clark and Bowden (2015) for a seamount chain in the Ross Sea, Antarctica. Although their surface productivity metric is slightly different to the surface primary productivity data used in this study, both relate to the photosynthetic activity, and induced productivity in surface waters above deep-sea benthic assemblages. Given this explanation, it is surprising that POC flux to depth is not considered a significant driver of assemblage structure. We believe this is because of the relatively shallow bathymetric range from which the data are collected for this study (170–1010 m). Both Bridges et al. (in review), using a subset of the data presented here, and Woolley et al. (2016) found that in the upper ocean (down to 1000 and 2000 m, respectively), variables linked to solar energy input were better predictors of diversity than particulate POC flux to depth. The data extracted for each transect for POC flux to depth comes from Lutz et al.’s (2007) model that uses depth as a function. Using satellite-derived, surface primary productivity data for these shallower ranges, represents better productivity data than Lutz et al. (2007) and therefore explains why it is not a selected variable in the DistLM best solution. However, another possible reason may be the mismatch of scale between the biological data, and the resolution at which both surface primary productivity and POC flux to depth are available. Productivity datasets were only available at 9.2 km resolution and therefore would not facilitate intra-site comparisons. This said, they do allow for inter-site and inter-territory comparisons and ultimately represent the best available data.


Vulnerable Marine Ecosystems

Seamounts contain VMEs, and the seamounts of the South Atlantic are no exception, with VMEs being recorded in all three territories. Significantly more, both in terms of abundance and richness, were observed at Tristan, where 53% of transects were considered VMEs. Whilst the epifaunal communities of the CWC reefs in the South Atlantic are likely characterized by different species to those on reefs in the North Atlantic, there does seem to be a strong crossover in the functional similarity and overall ecology of assemblages found in each basin on both D. pertusum and S. variabilis reefs. However, there is less similarity between the coral garden and sea pen field assemblages. Descriptions of each VME type are found below.


Cold-water coral reef

In our study, both D. pertusum and S. variabilis reefs were recorded, but only the former was found in all three territories. D. pertusum is a reef-building scleractinian known to have a ubiquitous distribution and has been recorded in reefs across the South Atlantic, in both the Namibian and Brazilian EEZs (Hanz et al., 2019; Kitahara et al., 2020).

At Tristan, D. pertusum reef is recorded in one transect within cluster k that shows dense, living reef with a few attached, epifaunal taxa present (namely CWC reef-associated ophiuroids and some decapods), and multiple serranid fish (Lepidoperca coatsii). Live reef is thought to support few attached epifauna because the coral itself is successful in preventing biofouling (Freiwald et al., 2004). This transect may therefore correspond to the living summit region of the reef system (Mortensen et al., 1995). When focusing on the mobile epifauna, this assemblages bears similarity with L. pertusa reefs described in Howell et al. (2010) in the North Atlantic that also had decapods and ophiuroids among the key epifaunal taxa. However, due to the limited images of this reef within the transect, more data is required to fully interrogate this comparison.

There is less literature describing assemblages associated with S. variabilis, but its presence is known in the South Atlantic [see Raddatz et al. (2020) for compiled presences]. Cluster q contains deeper S. variabilis reef from Tristan, although much of the structure is dead with very few small patches of live coral. Frequently observed epifaunal framework taxa in our images consist of CWC reef-associated ophiuroids, encrusting sponges, squat lobsters and hydroids. Davies et al. (2014) describe an “ophiuroids and Munida sarsi associated with coral rubble” biotope with which cluster q is similar to in some respects. Parallels can be drawn between the strong presence of ophiuroids and squat lobsters, but their study describes this assemblage as corresponding to the “Lophelia rubble zone” [sensu Mortensen et al. (1995)]. However, if the ophiuroids and squat lobsters simply require dead framework as opposed to live reef, it may not be significant as to whether the reef is intact or in rubble form. Mortensen et al. (1995) and Roberts et al. (2009) describe dead framework as being characterized by sponges, gorgonians and hydroids. This is similar to the epifaunal assemblage observed here, although it is on a different species of reef-building scleractinian coral.

For Ascension and St. Helena, all the D. pertusum reef clusters together in t, where 6 of the 14 transects within the cluster were deemed to be this VME, although again much of the reef framework is dead with only small, infrequent patches of live coral. Coral framework is thought to facilitate higher diversity than areas of the living reef (Jensen and Frederiksen, 1992), often supporting suspension feeders and other coral species (Mortensen et al., 1995). The notion of higher diversity associated with coral framework appears to hold true for the D. pertusum reef in cluster t. Frequently observed epifaunal taxa on the reef framework consist of a bright orange anemone, multiple species of the sponge genus Aphrocallistes, dense mats of ophiuroids, and small patches of live Madrepora oculata, another species of reef-building scleractinian. Reef is interspersed with soft sediment areas providing habitat for the same soft-bottom dwelling taxa (typically Cidaris sp., soft-bottom Caryophyllidae cup corals and often the large anemone, Actinauge richardi) as the wider expanses on soft sediment found within the same cluster; this is likely why D. pertusum reef does not cluster individually. Frequent patches of soft sediment within reef framework are also described in the “predominantly dead low-lying coral framework” biotope from Davies et al. (2014), as are live patches of M. oculata.

Cluster v is comprised of transects found significantly deeper than the above clusters, and is the only assemblage containing S. variabilis reef. Images show a mixture of dead framework and coral rubble, suggesting this transect may represent the transition zone between the dead framework slope and rubble apron (Mortensen et al., 1995). Much of the dead reef and surrounding rubble in cluster v provides habitat for brachiopods, encrusting sponges or small ophiuroids. In areas where the framework is more intact, there are aggregations of brisingids and antipatharians. This description seems to reflect parts of the description of the epifaunal communities on dead framework in Freiwald et al. (2004). The cluster also contains large areas of exposed bedrock that support the same/similar taxa as those found on the framework. The exposed bedrock suggests the presence of reasonable currents in the area which may explain the higher diversity of filter feeding epifauna in cluster v.



Hard-bottom cup coral fields and/or coral gardens

Hard-bottom cup coral fields and coral gardens were only observed within the Tristan EEZ. The substrate in these areas typically consisted of cobbles and boulders, on which the corals were growing. Clusters b, c, h and n were all identified as being mosaic assemblages representing both cup coral fields and coral gardens dominated by gorgonians (often Thouarella spp.), multiple stylasterid taxa and occasionally antipatharians. Despite their protected habitat status, there are few descriptions of the assemblages that often form coral gardens to compare our findings to. Davies et al. (2015) describe multiple types of coral garden in the North Atlantic and identify high numbers of Caryophyllia spp. cup corals and sponges in their coral gardens; both of these are true for Tristan coral gardens also. However, the North Atlantic coral gardens also appear to be dominated by larger corals such as Keratoisis spp. or patches of reef-building scleractinians [this is similar to coral gardens in the Mediterranean that harbor large individuals (Bo et al., 2012)]. Although they were not classed as coral gardens because they were too sparse, Bullimore et al. (2013) do describe coral-dominated assemblages but similarly to Davies et al. (2015), stylasterids are not listed as a typical taxa; at Tristan, lace corals are present in most of the coral garden clusters. The distinct lack of large individuals and the presence of numerous small stylasterids in the coral gardens at Tristan is perhaps driven by the substrate in the coral gardens at Tristan being unfixed, and therefore unable to support larger (heavier) corals. Multiple sponge species are acknowledged as being associated with coral gardens in both the similar coral garden assemblages from Davies et al. (2015), and are considered characterizing taxa of the Tristan coral gardens (Table 3). The disparities in the morphologies of key taxa when comparing Tristan’s coral gardens to those found elsewhere suggest those found at Tristan may not be widespread in the North Atlantic.



Sea pen fields

Only one sea pen field was recorded in the data, located in cluster t (alongside the D. pertusum reef). The fields were comprised of two morphospecies of sea pen and appeared to be located around the edges of the D. pertusum reef in soft sediment alongside cidarid urchins. Unfortunately, there has been no confirmed identification of the sea pens beyond the rank of order (Pennatulacea), although one appears similar to species in the Protoptilum genus. Despite the habitat being suitable for other taxa such as cerinathids and other soft-bottom fauna, the area appears to only support sea pens and urchins. This is unlike the sea pen fields described by Davies et al. (2014) and Howell et al. (2010) that both describe populations of cerinathids within sea pen fields. Sea pens are known to enhance the biodiversity of an area by increasing habitat heterogeneity (Buhl-Mortensen et al., 2010) however, it is not possible to record epifaunal communities on the sea pens from this dataset due to the downward facing angle of the camera. Due to the single occurrence of this VME, and the clustering with other VMEs, it is difficult to distinguish the characterizing taxa of the sea pen field itself, although visual inspection suggests the sea pens themselves dominate and potentially outcompete other taxa.



Management Implications

Some suggested management strategies for a number of deep-sea industries such as fishing and seabed mining propose areas to be set aside and excluded from exploitation activities to facilitate the conservation of biodiversity in a specific region, as well as to provide a baseline against which to interpret data on the environmental impacts of industry activities (e.g., Areas of Particular Environmental Interest designated by the International Seabed Authority). We have found high assemblage diversity at Tristan, and we suggest this may be linked to the high environmental variability as a result of temporal and spatial changes in water mass structure associated with the STCF. When designing management strategies, it is therefore not wise to assume that close geographical proximity infers similarity in the biological assemblages of features. Our results suggest it is important to consider the environmental variability of the region, particularly in terms of the water mass structure and oceanographic conditions. In this respect, a bioregionalization approach [sensu Howell (2010)] could be important in helping to identify areas of high environmental variability, and ultimately to support effective management decisions. However, it is important to note that further investigation should be undertaken of bioregionalization approaches to ensure they adequately capture variability, and that this environmental variability is linked to different assemblages.

The governments of each UKOT island from which our data were collected have all developed marine management plans and offered varying levels of protection within their EEZ. Bottom trawling is a method of fishing for demersal species by towing nets and other mobile gear along the seabed. Evidence suggests that bottom trawling significantly reduces the benthic biomass of seamounts (Koslow et al., 2001), and that benthic megafaunal communities have little resilience against this practice (Clark et al., 2019). All three territories have prohibited non-scientific bottom trawling within their MPAs, a measure that will undoubtedly strengthen the protection of VMEs. This dataset provides important information on the distribution of VMEs within the UKOT of St. Helena, Ascension and Tristan da Cunha, but it is now important to understand the wider distribution of VMEs across the Atlantic. Few biological surveys have been undertaken in ABNJ in the South Atlantic, although seamounts within the Convention Area of the South East Atlantic Fisheries Organisation (SEAFO) were the target of two surveys in 2015 and 2019. Data collected contributed toward the closure of bottom fisheries on a number of features along the Walvis Ridge (CM 30/15, 2015) to protect VMEs (FAO, 2016). The prevailing current in this region flows in an easterly direction as the southern arm of the SAG (Peterson and Stramma, 1991; Smythe-Wright et al., 1998). The protection afforded to seamounts within the Tristan EEZ may therefore have a positive knock-on effect on VMEs on seamount in ABNJ [e.g., by way of increased larval recruitment, Ross et al. (2017)], but this is not substantiated as of yet. Ascension and St. Helena are connected to other ridge systems (MAR and Guinea seamount chain, respectively) and therefore similar effects may be felt should MPAs/fisheries closures be designated in the northern southeast Atlantic. Investment in furthering our understanding on the health and connectivity of VME populations across EEZs and ABNJ in South Atlantic will facilitate incorporation of these principles into broadscale sustainable management, and ultimately make management plans more robust (sensu Friedlander et al., 2021). It will also allow insight into the conservation significance of the existing large MPAs in the South Atlantic and allow for assessment of the ecological coherence of the South Atlantic MPA network as a whole (Foster et al., 2017; Ross et al., 2017).



CONCLUSION

Our data highlight variability in the megafaunal benthic assemblages of seamounts and oceanic islands across the South Atlantic Ocean basin. Assemblage heterogeneity is true for seamounts that are separated by large distances (i.e., in different biogeographic regions), but in the case of temperate latitudes, features in relatively close proximity also appear to harbor distinct communities, and we suggest this is linked to varying levels of environmental variability. Multiple biological assemblages observed within this dataset constitute VMEs under UNGA 61/105. Some of these, namely CWC reefs, bear similarities with assemblages identified in the North Atlantic, whilst the coral garden VMEs identified within the Tristan EEZ are more distinct. Our results evidence the importance of accounting for environmental variability of the region when designing management plans, as well as highlighting the need for further research into the distribution of VMEs across the South Atlantic, and the effects that current protection measures are having.
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Like many small island communities, the United Kingdom Overseas Territories (UKOTs) are directly dependent on their marine resources for a range of ecosystem services, such as income generation, subsistence, leisure, recreation and wellbeing. Healthy marine ecosystems also play a broader role in climate regulation, coastal resilience and habitat provision. With Blue Belt Programme assistance, the UKOTs are developing enhanced protection and sustainable management strategies for their marine environments, using an Integrated Marine Management (IMM) approach. This coordinates cross-sectoral planning and management to carefully balance marine conservation and sustainable use of resources in order to minimize socio-cultural and economic impacts to the local community. We describe the IMM approach taken in two UKOT case studies. In Ascension Island, a conservation planning and resource management process was initiated with an objective to protect at least 50% of Ascension’s waters from commercial fishing, resulting in the designation of one of the largest Marine Protected Areas (MPAs) in the Southern Atlantic. In St Helena, a new licensing framework for marine developments was developed within an existing sustainable use MPA. From these two approaches, we highlight aspects of the process, lessons learned and recommendations that may be useful for other small islands planning to implement IMM, particularly regarding the importance of effective stakeholder engagement, coordination across different governance scales, and long-term financial resources.

Keywords: Integrated Marine Management, UK Overseas Territories, Marine Protected Area, sustainable resource use, marine spatial planning


INTRODUCTION

Evidence shows that sectoral, “siloed,” approaches to marine management cannot address the complex interrelationships between natural, biological, and socio-economic systems, as they do not consider cumulative impacts (Halpern et al., 2008) and can create conflicting objectives and values (Smith et al., 2017; Kelly et al., 2019; Winther et al., 2020) that perpetuate unsustainable resource use practices.

Integrated Marine Management (IMM)1 is a broad, overarching approach that coordinates planning and management across sectors to better understand and address the range of pressures on the ecosystem by rationalizing management of marine uses for long-term ocean health (Stephenson et al., 2019). IMM should consider multiple activities, combine social, cultural and economic objectives, and apply the principles of ecosystem-based management (i.e., the ecosystem approach) (for example, see Long et al., 2015; Rodriguez, 2017; Smith et al., 2017). In doing so, IMM must bring decision-makers and stakeholders together from across multiple sectors to ensure that the cumulative impacts of human activities and the links between environment and society are understood and holistically managed (Atkins et al., 2011; de Jonge et al., 2012; Elliott, 2013; Elliott et al., 2017).

In many contexts, IMM involves some form of spatial zoning, such as Integrated Coastal Zone Management (Clark, 1997) and Marine Spatial Planning (MSP; Gilliland and Laffoley, 2008; Ehler and Douvere, 2009). Unlike management processes that are focused toward a particular marine sector (e.g., fisheries management) or specific outcomes (e.g., biodiversity conservation), IMM processes seek to balance multiple sectors and objectives. As a first step toward IMM, MSP is a widely adopted tool where heavy resource use requires a rationalization of marine use by space and time (Carneiro, 2013). For example, an IMM approach is applied in the United Kingdom and Canada through marine planning (a form of MSP), which is designed to better integrate existing marine policies (spatial and non-spatial) and streamline decision-making toward sustainable development (Gunton and Rutherford, 2010; Scarff et al., 2015).

Within the IMM toolkit, these frameworks advocate for a more holistic, integrated and cross-sectoral approach to management, but emphasize different elements (e.g., conflict resolution and streamlined decision-making) or spatial scale (e.g., land-sea interface and ocean basin). Therefore, IMM does not replace sector-based management but aims to integrate and enhance cooperation between the different sector authorities (Rodriguez, 2017). For example, within their marine planning systems, both the United Kingdom and Canada implemented a conservation planning process of establishing a network of Marine Protected Areas (MPAs; Gunton and Rutherford, 2010; Scarff et al., 2015).

In small island contexts, while there are generally fewer marine resource uses than in mainland situations, communities are often more directly dependent upon their marine environments for income generation, subsistence, leisure, recreation (Glaser et al., 2018) and cultural heritage (Abecasis et al., 2013a). However, their large marine areas typically boast disproportionately high levels of biodiversity and natural capital. As such, an IMM approach to balancing these socio-economic, cultural, and environmental objectives is just as valuable for small islands, despite them often having limited data, human capacity and available funds.

Stephenson et al. (2019) identify nine key features of successful IMM (Figure 1). Using this framework, we demonstrate how IMM has been applied to the United Kingdom Overseas Territories (UKOTs) of Ascension Island and St Helena. We highlight the process used, distil lessons learned and offer recommendations to inform implementation of IMM in other small islands.
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FIGURE 1. Conceptual representation of a framework for Integrated Marine Management (IMM) demonstrating the nine key features of successful IMM [adapted from Stephenson et al. (2019)].




CONTEXT


The United Kingdom Overseas Territories and the Blue Belt Programme

The Blue Belt Programme is a United Kingdom Government initiative that assists the UKOTs with the protection and sustainable management of their exceptionally rich and varied marine environments. It provides a combination of scientific and management expertise by delivery partners – the Marine Management Organisation (MMO) and the Centre for Environment, Fisheries and Aquaculture Science (CEFAS) – and direct funding to UKOT governments.



Recognizing the Need for an Integrated Approach

The UKOTs are dependent on their marine resources for a range of ecosystem services, including income generation, subsistence, recreation, and wellbeing. Healthy marine ecosystems also play a broader role in climate regulation, coastal resilience and habitat provision. Human activities like fishing, tourism and aggregate extraction may have environmental impacts that undermine ecosystem health. Although each UKOT has unique issues and priorities, the need to balance conservation, cultural and socio-economic priorities is a common theme. As such, the Blue Belt Programme supported an IMM approach to coordinate decision-making and establish management measures across the range of marine activities, allowing UKOTs to adopt bespoke planning processes once they had defined and agreed their specific objectives.

Saint Helena and Ascension Island - two remote, volcanic islands located in the central South Atlantic Ocean, 1,300 km apart - form part of the UKOT of St Helena, Ascension and Tristan da Cunha (Figure 2). When the Blue Belt Programme began in 2016, delivery partners conducted a comprehensive review of scientific data collected by UKOT governments, non-governmental organizations (NGOs) and research institutions (e.g., Brown, 2014; Weber et al., 2014, 2018; Brickle et al., 2017; Nolan et al., 2017; Wirtz et al., 2017; Richardson et al., 2018; Brown et al., 2019; Perry et al., 2020) and an assessment of existing management frameworks. Key evidence gaps were addressed through a targeted science survey program to inform development of the IMM process in collaboration with the UKOT governments.
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FIGURE 2. The location of St Helena Marine Protected Area (MPA) and Ascension Island MPA in the South Atlantic Ocean. The purple circles indicate the extent of each island’s Exclusive Economic Zone. Basemap bathymetry from Esri (2021).




Ascension Island

Ascension Island has no indigenous population and its approximately 800 inhabitants must be employed by the Ascension Island Government (AIG), United Kingdom or United States military bases, or companies based on the island. Although the population fluctuates as a result, many St Helenians have worked there for decades, and there is a strong cultural link and socio-economic exchange between the two islands.

Commercial fishing has been an income source for Ascension since foreign vessels were licensed to fish in 1988 (Reeves and Laptikhovsky, 2014; Mann et al., 2018). Recreational fishing is very important for the working community (Canelas et al., 2019), but islanders also supplement their diet with seafood and export fish to family on St Helena. When Ascension’s airport was accessible, sports fishing attracted tourists, supporting up to three commercial operators. Cruise ships and smaller private yachts bring tourists for high quality recreational diving and oceanic voyages.

Although several important marine species were protected at the start of the Blue Belt Programme, there was almost no area-based protection for Ascension’s marine habitats, even though their good condition was demonstrated to be important for existing and future resource use (La Bianca et al., 2018; Barnes et al., 2019; Millington and Smith, 2019). Scientific research identified high levels of inshore biodiversity (Brickle et al., 2017) and showed the southern seamounts are important for pelagic sharks and fish (Weber et al., 2018). Assessments of the commercial longline fishery since 2010 (Mann et al., 2018) raised concerns about monitoring and enforcement capacity, bycatch of important species and impacts on tuna stocks [yellowfin tuna show some site fidelity within Ascension’s waters (Richardson et al., 2018)]. These findings led to a specific Blue Belt Programme commitment to designate an MPA prohibiting large-scale commercial fishing across at least 50% of Ascension’s Exclusive Economic Zone (EEZ).



Saint Helena

Saint Helena’s population of approximately 4,500 people is dependent on its marine environment, which provides a range of ecosystem services, in particular fisheries, recreation, and tourism (Rees et al., 2016; Smith et al., 2019). Recognizing its unique marine ecosystem and exceptional biodiversity and the importance of the marine environment to the local community, in September 2016 the St Helena Government (SHG) designated its entire EEZ (approximately 440,000 km2) as an International Union for Conservation of Nature (IUCN) Category VI MPA (protected area with sustainable use of natural resources) and developed the St Helena Marine Management Plan (St Helena Government, 2016a).

Sustainable management of fisheries within the MPA is achieved through the Fisheries Ordinance, 2021 (St Helena Government, 2021b) and impacts from tourism are being addressed through the Marine Tourism Policy for St Helena (St Helena Government, 2020). The Marine Management Plan, however, identified sand extraction as a potential threat to the marine environment due to limited regulation and uncertainty about its impacts. Sand is used in local construction businesses and extraction levels were also predicted to increase to support planned tourism development after construction of the airport. The Marine Management Plan identified that a licensing system should be developed to regulate both current and future sand extraction within the MPA. A Blue Belt Programme review of the associated management frameworks on St Helena, however, highlighted that although there was legislation to control development and protect biodiversity, there was no provision to regulate sand extraction operations or other potential activities such as dredging, construction works or laying of submarine cables or pipelines. Rather than creating sector-by-sector plans, it was recognized that an IMM approach, establishing a marine licensing process to regulate all marine developments within the MPA, would be more appropriate to ensure wider ecosystem health.




INTEGRATED MARINE MANAGEMENT IN THE UNITED KINGDOM OVERSEAS TERRITORIES


A Shared Vision for Integrated Marine Management and a Comprehensive Set of Objectives Integrated Across Sectors/Activities

To fulfill Blue Belt Programme commitments, the IMM objectives on Ascension included an MPA planning and management component with sustainable small-scale recreational fishing in the inshore area. While the focus was specifically on prohibiting large-scale offshore commercial fisheries, early discussions between AIG, stakeholders and partners agreed the need to prohibit commercial extractive sectors (mineral and aggregate extraction) and to establish broader ecological, socio-economic and cultural objectives for the MPA. These strategic objectives shaped the Ascension Island MPA Management Plan, which also articulates operational objectives such as equitable access to shared fishing opportunities, effective governance, and stakeholder engagement in decision-making (AIG, 2021).

The St Helena Marine Management Plan recognizes that the local community is dependent on its marine environment. As such, there is an aspiration to develop the island’s blue economy. The “Policy for managing development activities within St Helena’s Marine Environment” (St Helena Government, 2021a)” (“Marine Developments Policy” henceforth) was developed with Blue Belt Programme assistance under the Environmental Protection Ordinance, 2016 (St Helena Government, 2016b) to effectively regulate marine developments (construction, engineering, mining, or other operations) in the MPA. Only proposals for marine developments that are compatible with the MPA’s goals and objectives are supported under the policy. Developments must therefore have minimal practicable impact on marine biodiversity, habitats and ecosystems, and use natural resources sustainably. They must also bring positive socio-economic benefits to the local community and must not have adverse impacts on other human activities within the MPA.



Appropriate Legal and Institutional Frameworks for Coordinated Integrated Marine Management Decision-Making

Unlike several UKOTs, AIG places responsibility for conservation and fisheries management within a single department, creating a natural integration between the two sectors of greatest potential conflict. Prior to joining the Blue Belt Programme, Ascension’s legislation was somewhat fragmented, with significant gaps in fisheries legislation, a mismatch in the spatial coverage between legislation for marine wildlife and habitats, and national protected areas legislation only covering the terrestrial environment and territorial waters (12 nm from shore). To create a more coherent legal framework, Ascension’s protected areas legislation was revised, thereby introducing regulatory and management powers for designated MPAs throughout the EEZ. Revisions also provided for an overarching MPA Management Plan with legal status, setting policies and management actions across all resource uses. Amendments to existing legislation applying to fisheries, mining, and other environmental impacts (such as pollution) were then designed to complement the Management Plan.

In St Helena, the Marine Developments Policy was designed to address the recognized gaps by specifically considering potential marine impacts from proposed developments. The associated licensing process for marine developments has been designed to integrate within the terrestrial planning policy and legislative framework to allow effective coordination between the Planning and Building Control and the Environmental Management Divisions within the Environment, Natural Resources and Planning (ENRP) Directorate of SHG. This will ensure that activities in the terrestrial and marine environments can be managed in a coherent manner, recognizing the interconnection of the two systems, especially on a small island. Together with the fisheries legislation and Marine Tourism Policy, this fully implements the Marine Management Plan and minimizes identified threats to the marine environment. Before acquiring a marine development license, development permission under the Land Planning and Development Control Ordinance, 2013 (St Helena Government, 2013). will be required. If there is a risk that the proposed development may have significant effects on the environment, then an Environmental Impact Assessment (EIA) will be required to assess expected impacts. The marine development licensing process will then enable conditions to be attached to a marine license to minimize impacts to the marine environment and prevent conflicts with other sea users. Under new regulations, operating without a marine development license or failure to comply with any of the license conditions will be an offense.



Sufficient and Effective Process for Stakeholder Consultation, Engagement, and Participation

To fulfill the Blue Belt Programme commitment, two distinct but integrated engagement processes were needed on Ascension: (1) MPA design and implementation; and (2) management of inshore recreational fisheries within the proposed MPA (a contentious issue for many). For the first, an MPA working group was tasked with developing MPA design options, led by AIG and involving Blue Belt Programme representatives and affiliated academic institutions. To capture the wider views of islanders, SHG, private sector, recreational inshore fishers, and NGOs, design options were published for public consultation (AIG, 2018) before review by the Ascension Island Council and the Governor as ultimate decision-makers. Early public engagement with islanders highlighted the importance of establishing a participatory decision-making process to agree management measures for the inshore area, where most activities take place, involving the islanders themselves. The Inshore Fisheries Advisory Committee (IFAC) was tasked with developing and consulting upon a proposed mechanism and suggested management measures. By providing stakeholders with clarity on how and when to engage with both processes, the MPA design received support for adoption. The development of inshore management regulations within the MPA continued in parallel.

Within the St Helena MPA, the most significant current stakeholders are the sand extraction operators. Their opinion was sought early on to better understand their current operations, future aspirations and local ecological knowledge of the seabed within the extraction area. Although initially there were some concerns, this engagement ensured the licensing process was appropriate to the local situation and acceptable to operators in terms of cost and reporting requirements, while still providing sufficient detail to ensure sustainable management. The Marine Developments Policy was drafted as a collaboration between SHG Divisions responsible for land planning, environmental management, marine conservation, and fisheries. Consultation on the draft policy included a wider range of stakeholders including other marine resource users, NGOs and the local community to improve understanding of the issues, identify any contentious issues and allow any conflicts to be resolved. Feedback was provided to all stakeholders who responded to the consultation, explaining how their comments were taken into consideration.



Explicit Consideration of Trade-Offs and Cumulative Impacts

Although there were concerns about the sustainability of large-scale commercial fishing of tuna around Ascension (as noted above; Mann et al., 2018), the sale of fishing licenses to foreign vessels represented an important income source for the island. As part of the IMM process, two scenarios were investigated to consider the current and longer-term financial returns compared with the economic costs and environmental impacts (AIG, 2018). Scenario 1 involved a large-scale MPA and retained the existing offshore commercial fishery in 50% of the EEZ, while Scenario 2 closed the fishery entirely and created an MPA across 100% of the EEZ. Each scenario outlined the environmental benefits of prohibiting or restricting existing and potential future activities and recommended an appropriate management regime according to the likely threats and enforcement needs. These scenarios enabled a comparative analysis of management costs (e.g., satellite surveillance; patrols) against projected revenue benefits (e.g., from commercial fishing licenses; recreational sports fishing).

This cost-benefit exercise highlighted that in addition to commercial tuna fishing, the biodiversity-rich inshore habitats were likely to be subject to cumulative impacts from illegal fishing, sports and recreational fishing (if poorly managed), and coastal pollution. For marine managers, attention was drawn to the need for specific management measures to protect valuable inshore biodiversity. For Island Council decision-makers, the scenarios revealed that economic gains from any licensed fishery would be offset by the need for expensive at-sea surveillance, monitoring and enforcement. Critically, an MPA covering 100% of the EEZ (that could be remotely monitored by satellite) would be cheaper to manage long-term because future fishing license revenues were predicted to decline due to changing tuna population distributions and economic markets, making the cost of enforcement patrols outweigh any benefits (Thomas et al., 2018; Muench et al., 2021; in this Research Topic). By using modeling of long-term fishery trends to help understand costs and benefits, this trade-off exercise supported the Island Council’s decision to designate 100% of Ascension’s EEZ as an MPA.

Under St Helena’s Marine Developments Policy, sand extraction is the only activity currently undertaken that requires a marine development license. The paucity of information on the impacts of sand extraction on the marine environment in St Helena prompted the creation of a risk-based approach to inform the marine development licensing process (Mynott et al., 2021). An environmental risk assessment developed through the Blue Belt Programme concluded that at current extraction levels, the risk to the marine environment is low and existing operators continuing extraction at current scales do not need to undertake an EIA, but are required to report the quantities of sand extracted and comply with any other license conditions to minimize environmental impacts. However, applying the precautionary principle means that any applications to expand operations or move to a new area within the MPA will trigger an EIA requirement in the absence of sufficient data for a meaningful risk assessment. Additionally, when deciding to grant a marine development license, SHG will take into consideration any anticipated negative impacts to marine habitats and species, water quality, protected archeological and heritage features, and other MPA uses. Practical measures to avoid, minimize and mitigate significant negative environmental impacts and maximize positive impacts will also be assessed, as well as potential benefits to St Helena’s economy and residents. A simplified cumulative impact assessment will identify other activities within the proposed development location whose pressures might impact the same receptors, considering the temporal boundaries, based on the project life cycle and the recovery of the potentially affected receptors, before assessing potential impacts from all relevant activities.



Flexibility to Adapt to Changing Situations and a Process for Ongoing Review, Evaluation, and Refinement

Management of the Ascension MPA (AIG, 2021) has been designed to follow an adaptive management cycle with annual reviews of progress against targets and a full review every 5 years. The Plan contains operational objectives to prevent negative change in habitat and species abundance, and to engage the community effectively in MPA governance. Complementing the Management Plan is the Monitoring, Evaluation, and Research Strategy (AIG, 2020a), which defines the metrics and indicators to monitor change and the process of evaluating governance frameworks and management actions, using internationally-recognized protected area management effectiveness methods. Additionally, there are plans to implement a public engagement strategy and establish an MPA Steering Group, Youth Committee and Scientific Advisory Committee, involving AIG, local community members, stakeholders and experts.

Under the St Helena Marine Developments Policy, any marine development license will include requirements for an associated monitoring regime as a license condition to improve understanding of the impacts on the marine environment and to mitigate and monitor any adverse environmental effects. Monitoring activities will be proportionate and tailored to reflect the nature and scale of the marine development and potential impacts identified. An effective monitoring regime will support adaptive management and allow flexibility to adapt to changing conditions. This will take place through regular reviews of marine development licenses (frequency dependent on the licensable activity and available evidence) to ensure that the license conditions are fit for purpose and that the process is achieving the policy’s environmental, cultural and socio-economic objectives. Conditions could be strengthened, relaxed or removed as appropriate, dependent on the outcome of the review.



Effective Resourcing, Capacity, Leadership, and Tools

Both AIG and SHG have demonstrated strong leadership and implemented coordinated work programs to deliver IMM, despite the recognized constraints of capacity and resources on such small, remote islands. The Blue Belt Programme provided marine management assistance, scientific expertise, capacity building, and additional capital expenditure to fill identified gaps. Associated academic institutions and NGOs continue to provide valuable knowledge, support, and technical assistance.

Views on long-term resourcing have presented challenges for the Ascension process, which experienced delays at designation due to concerns that MPA management resourcing – specifically the long-term costs of staffing, surveillance and enforcement – were prohibitive for AIG. Consequently, the Blue Belt Programme established a system of risk-based threat assessments from illegal, unreported and unregulated fishing and remote satellite surveillance efforts, which addressed Ascension’s lack of enforcement capacity. Simultaneously, AIG (2020b) developed an MPA financial strategy to highlight funding gaps and ensure adequate resourcing in the future. Within that strategy, exploring innovative ways of supporting MPA management costs in the longer term has been a key priority, for example through licenses for a well-managed sports fishery and international research partnerships. However, Ascension’s reluctance to take on the long-term financial costs of managing a very large MPA has undoubtedly been a stumbling block to momentum.

In St Helena, the Blue Belt Programme has provided financial support for SHG to buy equipment to monitor sand extraction operations and to employ a Marine Enforcement Officer who will monitor compliance with license conditions and will train a local counterpart. The Blue Belt Programme will continue to work with SHG to ensure that the full suite of appropriate resources, capacity and tools are available for effective policy implementation.




DISCUSSION

Although there has been broad consensus around many of the key features of IMM, there have been major challenges when attempting to transfer these into practice. For example, IMM approaches are usually attempted within existing governance regimes without consideration for their complexity and fragmented nature (Vince, 2015; Kelly et al., 2018; Stephenson et al., 2019), and without clarity over the long-term availability of resources (financial, human, and infrastructure) (e.g., Kelly et al., 2019). In small island contexts, effective engagement of local communities and the development of goals based on the community’s values and their use and cultural needs have been shown to be key ingredients of success (Alder et al., 2000; Abecasis et al., 2013a,b), whereas failure has occurred due to lack of budget and insufficient political will (Batista et al., 2019). As a result, IMM initiatives have often resulted in only partial or temporary success (Stephenson et al., 2019).

These two case studies demonstrate how an IMM approach was applied in St Helena (Figure 3) and Ascension Island (Figure 4) to effectively manage human activities in small, remote islands. Although implemented differently according to context, in both cases, the key principles of IMM described by Stephenson et al. (2019) were applied - collectively agreed objectives, extensive stakeholder participation, cross-cutting and coordinated governance structures, revised legislative frameworks, explicit trade-off analyses and an adaptive management approach.
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FIGURE 3. Application of the Integrated Marine Management framework in St Helena.
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FIGURE 4. Application of the Integrated Marine Management framework in Ascension Island.


In Ascension, the process has resulted in the designation of 100% of the EEZ as an MPA; in St Helena, it enabled a coordinated approach to management of marine development activities within an already designated sustainable use MPA. Although both processes are still ongoing and long-term outcomes are yet to be realized, the context-specific application of these elements within a broad framework has resulted in protection measures for 885,000 km2 of the South Atlantic, which undoubtedly lays the foundations for sustainable ocean health.


Lessons Learned From United Kingdom Overseas Territories Integrated Marine Management Case Studies

While we believe these IMM processes have been successful overall, there have been numerous challenges along the way. We highlight three key lessons learnt from the St Helena and Ascension processes.


Effective Processes for Involving Stakeholders in the Decision-Making Process Are Essential

Stakeholder engagement throughout the process is critical for long-term support of IMM (Abecasis et al., 2013a,b). However, engagement styles should be appropriate to the cultural and political norms for public participation in decision-making in any given context.

In St Helena, engagement was achieved through public consultation on the draft Marine Developments Policy rather than through a fully participatory decision-making process. Consultation, however, followed the St Helena Government Consultation Policy, which aims to encourage an active decision-making role for members of the community (including under-represented groups), and specifies a requirement to provide written feedback showing how consultation responses were taken into account. In Ascension, the process was less formalized, but public consultation responses to the evidence base and MPA design options were considered in the development of the MPA Management Plan, which also involved its own stakeholder consultation process, as did the inshore fisheries management process. Although these two processes were different, they were both consistent with on-island approaches and successfully ensured that the benefits of IMM were understood and that outcomes were supported by stakeholders.



The Need for Coordination Across Different Governance Scales

Ineffective governance, manifesting as either sectoral or fragmented approaches, is one of the issues that IMM seeks to address, but implementing the necessary changes in governance structures can be difficult (Kelly et al., 2019). For IMM, the various agencies and sectors involved must operate in a coherent way, enabling resource savings and improving management capability with benefits for the marine environment (Ko and Chang, 2010).

In Ascension, a combined Conservation and Fisheries Department within AIG naturally lent itself to cross-sectoral IMM, facilitating progress and coordination on both MPA and fisheries management measures. While such an integrated governance model is recommended, this reflects the scale of government on Ascension, rather than deliberate restructuring for IMM. As in many cases around the world, governance structures were already well-established in St Helena when the Blue Belt Programme began. Integration of the marine development licensing process into the terrestrial planning system will, however, address issues of land–sea interconnections and marine resource use conflicts. Although IMM is the responsibility of three different Divisions within the ENRP Directorate, SHG recognizes the importance of effective communication between regulatory authorities to avoid sectoral conflicts as the IMM approach moves into implementation and plans to establish a cross-division working group to facilitate effective integration and avoid falling into the trap of “silo-thinking.”



The Need to Secure Long-Term Financial and Human Resources

A recurring challenge for any multi-stakeholder strategic planning process is agreeing how any management measures will be funded or managed in the long-term (e.g., Batista et al., 2019; Kelly et al., 2019). At the start of a process, the lack of clarity on the nature or extent of future management measures means governments or funders can be reluctant to commit resources to the implementation phase. However, stakeholders can be equally resistant to engage in the design phase without reassurance that funding mechanisms will be established to manage implementation. Ascension Island received government and non-governmental funding to support the planning process, but the challenges experienced demonstrate that identifying future funding gaps and viable ways to fill these should be integral to the early stages of an IMM process. Early discussion with all key decision-makers is important to manage expectations, provide reassurances and avoid delays in designation and implementation.

Now that the IMM frameworks have been established in St Helena and Ascension Island, continued capacity and resources to implement management measures must be ensured. In St Helena, it will be helpful to consider whether fees for marine development licenses could become a sustainable income stream. In Ascension, implementation of the financial strategy will explore options for MPA funding. The Blue Belt Programme is also assisting the UKOTs to investigate further sustainable financing options such as scientific hubs/centers of excellence, island tourism and blue carbon credits. The involvement of decision-makers in that process will be key to ensuring that recommendations respond directly to identified risks and concerns and that agreed approaches have top-level support.




Recommendations for Applying Integrated Marine Management to Other Small Islands

Applying these lessons to other small islands can be problematic, due to the context-dependent nature of IMM. The processes on St Helena and Ascension could not have occurred without UK Government assistance, arguably making these case studies atypical. However, adequate funding is the key challenge for any IMM process, followed by the successful application of key IMM principles. To assist other small islands planning an IMM approach, we offer two recommendations.


Prioritize Partnerships for Coordinated Identification of Long-Term Financial Resources

Accessing funding and adequate resources is a major hurdle for small islands with small economies and remote locations. Public sector funding programs are becoming more accessible to small islands needing to undertake IMM, particularly to mitigate and adapt to climate change. These programs should include sustainable finance mechanisms in the early IMM stages to develop long-term resources and build stakeholder support.

Where public sector funding is not an option, there are growing opportunities for leveraging partner arrangements to access alternative funding sources for IMM. The fundraising acumen of NGOs, such as familiarity with high-net-worth donor investments or trust fund arrangements, would be highly beneficial as a key role in many IMM partnerships. High profile examples of public-private partnerships for ocean planning (e.g., California Marine Life Protection Act and the Coral Triangle Initiative) and innovative financing mechanisms (e.g., Debt-for-Nature swap in Seychelles and climate finance for Blue Economy) continue to demonstrate the benefits of collaborations between governments, NGOs, and the private sector. Establishing multi-actor/multi-sector partnerships for IMM is therefore highly valuable, not only for comprehensive stakeholder engagement and technical expertise, but for the considered identification and mobilization of large scale, private or innovative finance.



Create the Necessary Governance Infrastructure Carefully to Underpin Integrated Marine Management

As our case studies show, each of the IMM principles represent important enabling factors for success, particularly strong, context-specific stakeholder participation. However, many of the other elements are harder to achieve if they are not underpinned by appropriate governance structures. Judicious establishment of some form of cross-departmental or multi-sectoral mechanism to provide IMM leadership will provide a governance structure that is more capable of balancing ecological, cultural, and socio-economic objectives, integrating land-sea connections, evaluating trade-offs, resolving stakeholder conflicts, and avoiding silo-thinking. Whether governance structures need to be created afresh or restructured, the decision-making and leadership powers and processes they support must be clearly and transparently communicated.
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The designation of large scale marine protected areas (MPAs) has increased in recent years to address global issues such as biodiversity loss and the conservation of vulnerable marine habitats. While designing a large scale MPAs in the Exclusive Economic Zone (EEZ) of Ascension Island, the monitoring and enforcement costs were estimated for the two options under consideration: partial closure or full closure of the EEZ for the international commercial fleet. It was found that number of licenses to be sold to the international fleet to allow them access to the EEZ of Ascension Island would need to be increased to fund the monitoring and enforcement cost in case of a partial closure of the EEZ of Ascension Island. In this study, the future economic viability of the licensed big eye tuna fishery was addressed. The study explored economic drivers thought to be linked to license sales. It was shown that cost of licenses had not caused the observed decline in license sales but a shift in consumer demand toward lighter tuna species resulted in a decrease in Japanese imports for bigeye tuna (Thunnus obesus). This change in demand led to global changes in fishing effort and a drop in demand for licenses to fish within the Ascension Island EEZ. This study provided a valuable insight into the economic viability of the bigeye tuna fishery within the Ascension Island EEZ which informed the subsequent decision to close the bigeye tuna fishery as part of the designation of an Ascension Island highly protected large-scale MPA.

Keywords: MPA (marine protected area), bigeye tuna, global demand and supply, fisheries management, economic assessment, sustainability


INTRODUCTION

To achieve the United Nation Sustainable Development Goal “Life below Water:—Conserve and sustainably use the oceans, seas and marine resources for sustainable development” the UK government introduced in 2016 the Blue Belt Program. This program has supported the UK Overseas Territories to enhance marine protection across more than 4.3 million square kilometers of marine environment. One of the UK Overseas Territories which was assist by this program is Ascension Island.

Ascension Island (7°56′S, 14°22′W) is an isolated volcanic island in the equatorial waters of the South Atlantic Ocean, around 1,600 km (1,000 mi) from the coast of Africa. The island is about 88 km2 large and inhabited by about 800 people (Burns et al., 2020). The island’s shallow nearshore marine biodiversity is a mix of both east and west Atlantic biota (Nolan et al., 2017). Habitat diversity is relatively low due to the absence of tropical coastal habitats such as mangroves, seagrass beds and coral reefs which are generally associated with high biodiversity. The main subtidal habitats include volcanic rock, rhodolith beds and expanses of sand interspersed with boulder fields. Marine invertebrate diversity is considered to be low (Brewin et al., 2016) and fish communities characterized as extremely abundant with low species richness and a high level of endemism (Nolan et al., 2017). Ascension Island is also the most important tropical Atlantic breeding site for seabirds, supporting 11 species and over 400,000 individuals and an important breeding site for the endangered green turtle, hosting the largest number of breeding turtles (3,000 +) in the South Atlantic (Ascension Island Conservation Centre, 2018).

Away from the island, features including seamounts and canyons which are often hotspots of pelagic biodiversity and attract higher abundances of commercially targeted species (Ascension Island Government, 2021; Thompson et al., 2021) are found within the Ascension Island Exclusive Economic Zone (EEZ). In addition to the seamount complex’s, four hydrothermal vents exist, distributed along the mid-Atlantic ridge at depths ranging from 1,700 to 3,600 m, they support highly specialized ecosystems that have adapted to survive in the extreme conditions and live off the chemicals emitted from the vents (Vrijenhoek, 2010). The remainder of the Ascension Island EEZ is characterized as pelagic habitat with an average depth of 3,300 m. This pelagic environment supports populations of flying fish, giant marlin, sharks and shoals of tuna (Ascension Island Government, 2021).

Historically, Ascension Islands water were never explored by a commercial inshore fishing, only some recreational fishing activity (Burns et al., 2020). The main commercial offshore fishery that was in operation within and around the Ascension Island EEZ at the time of composing this article was a pelagic (drifting) longline fishery primarily targeting bigeye tuna (Thunnus obesus) (Reeves and Laptikhovsky, 2014; Matsumoto, 2016; ICCAT, 2018a). Since 1988, international vessels which wished to fish in the Ascension Island’s EEZ were required to purchase a license. The revenues generated from license sale were used by Ascension Island Government to resource the monitoring and enforcement of the license conditions and to combat illegal, unregulated and unreported (IUU) fishing (Thomas et al., 2018; Rowlands et al., 2019). In recent years, license uptake has been low with only 1–2 licenses issued per year. To conserve and protect their habitats and biodiverse marine communities, the Ascension Island Government in 2021 successfully designated the whole of their EEZ as a highly protected marine area (Brickle et al., 2017). This was proceeded by the creation and publication of the Ascension Island marine protected area (MPA) management plan (Ascension Island Government, 2021), resulting in a ban on commercial fishing within the Ascension Island EEZ.

During the design phase and designation process of the Ascension Island MPA, information was gathered on the condition of marine/terrestrial habitats and species within the Ascension Island EEZ but also on the financial implications of monitoring and protecting such a large and remote MPA (Thomas et al., 2018; Rowlands et al., 2019; Appleby et al., 2021). Two design options were proposed with regards to permitted activities and future monitoring and enforcement costs: option 1: partial closure which permitted some commercial fishing within certain areas of the EEZ, and option 2: full closure of the EEZ which prohibited all commercial fishing within the Ascension Island EEZ (Figure 1).
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FIGURE 1. Management options in the MPA design phase for the Ascension Island EEZ.


This study explored whether Ascension Island Government could have increased their license sales to cover its fisheries management cost if option 1 would have been chosen. Therefore, the impact that latest changes in local licensing conditions in conjunction with changes in preferences for tuna on the world market may have had on the economic viability of an Ascension Island longline fishery were assessed. We start by describing the fisheries management and licensing scheme that has recently been implemented in Ascension Island and discusses potential drivers linked to the international tuna market which may have impacted the uptake of licenses sold for fishing within the Ascension Island EEZ. The study presents an empirical analysis that links the local and international changes in the tuna fisheries to the number of licenses sold. The aim of this study was to identify the main driver for the decrease in the number of licenses sold, to be able to give advice relating to the design of the Ascension Island MPA and on future tuna fisheries management within the EEZ of Ascension Island.



MATERIALS AND METHODS


Data


Local Drivers: The Ascension Island fishery

The main commercial fishery that occurs within and around the Ascension Island EEZ is a pelagic (drifting) longline fishery primarily targeting bigeye tuna (Thunnus obesus) (Reeves and Laptikhovsky, 2014). Since 1988, international vessels which wish to fish in the Ascension Island’s EEZ are required to purchase a license. The Ascension Island fishery was then closed between 2005 and 2009 while the Ascension Island fisheries management council decided on how to manage its own license system. A second closure of the Ascension Island fishery which was linked to a review of management options occurred between 2013 and 2014. A new Fisheries Ordinance was then implemented in 2015 which resulted in 52.6% of the Ascension Island EEZ remaining closed to the international tuna fishery. This closure encompassed the Southern part of the EEZ and 50 nm around the island’s mainland, i.e., already in preparation for implementing option 1.

In the empirical analysis the number of fishing licenses sold by Ascension Island Government over the period of 1988–2016 was used as dependent variable. The number of fishing licenses sold permitting the harvesting of tuna by the international fleet in Ascension Island’s EEZ peaked in the 1990s with 134 licenses sold in 1996. However, license uptake decreased before the area was closed for the first time in 2005. After the first closure, license uptakes in the years 2010–2012 returned to similar level as those reported for the joint licensing system prior to 2000. However, the number of licenses sold in years 2015–2017 dropped to 1–2 licenses per year.

Parallel to the decrease in license sales, a gradual increase in license fee took place, starting from approx. £8,000 in 1988 up to £20,000 in 2017 (Inflation adjusted to 2017-values). The license fee to be paid by the international fleet to fish within Ascension Island’s EEZ for the upcoming period, was included in the empirical analysis as one of the local explanatory variables. A development of the number of licenses sold and license fee over the years can be found in Figure 2.
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FIGURE 2. The number of licenses sold and license fee (in GBP-2017 values) for harvesting the EEZ of Ascension Island (1988–2017) (including linear trend lines).


Another local explanatory variable entering the empirical estimation was the previous year’s CPUE of Ascension Island (i.e., catch per fishing day). The latter was included to gauge if there was an incentive for the international fleet to buy a license to fish within the EEZ of Ascension Island at the beginning of the season, when the actual within season CPUE was unknown. It was assumed for the purpose of this study that high levels of CPUE for the previous year motivated vessel owners to buy a license for the next season, following the argument of Polachek (2006) that CPUE is main driver for harvest decisions.

The data on number of licenses sold, license fee and CPUE in the EEZ of Ascension Island were provided by the Government of Ascension Island for the years 1988–2016.

In the past, most licenses to harvest the Ascension Island’s EEZ were bought by the Taiwanese/Chinese and Japanese longline fleet which was targeting tuna predominantly in the South of the Atlantic Ocean (Matsumoto, 2016; ICCAT, 2018a). The main catch of the international longline tuna fleet in the EEZ of Ascension Island is bigeye tuna (Thunnus obesus). During the years 2011–2013 bigeye tuna represented 74–82% of catches in the EEZ of Ascension Island (Reeves and Laptikhovsky, 2014). Catch-return data provided by Ascension Island Government shows that in 2016 the proportion of catch of bigeye tuna increased to 95% of the total reported catch from within the Ascension Island EEZ (Diane Baum, Director of Conservation and Fisheries, Ascension Island Government, Personal Communication, August 2018).

It was assumed that in the years the effort in the general area around Ascension Island was low, it was also less likely for a vessel owner to invest in a license to fish within the EEZ of Ascension Island. In contrast, when fleet effort was high in the general area, the increased competition for the bigeye tuna stock may encourage vessel owners to extend their harvestable areas by purchasing a license to fish within the EEZ of Ascension Island. As the Taiwanese/Chinese and Japanese longline fleet which targets predominantly tuna in the South of the Atlantic Ocean, are the ones who bought in the past licenses to harvest the Ascension Island EEZ, the overall annual effort of the Japanese and Chinese/Taiwanese longline fleets in the Atlantic Ocean for the years 1988–2016 was included as explanatory variables (ICCAT, 2018b).



International Drivers: The International Tuna Market for the Atlantic Ocean

In general, global tuna production is driven by the demand of two markets: (1) the traditional canned tuna market mainly supplied by white meat species and (2) the Japanese sushi and sashimi market, in which red meat species are dominant (Fernandez-Polanco and Llorente, 2016). Bigeye tuna is a fatty, red-meat tuna and besides bluefin tuna mainly used for sashimi in Japanese cuisine. Hence, one of the biggest importers of bigeye tuna is Japan, with frozen tuna mainly supplied by China/Taiwan (Globefish, 2018). In recent years, a shift in tuna consumption in Japan was observed with demand for fatty/red-meat sashimi tuna becoming more seasonal, associated with festivals and special occasions. At the same time, western style nutrition increased which encompasses the consumption of lighter and/or less costly tunas in sashimi, such as yellowfin, albacore, skipjack or ranched bluefin tuna (Kurokura et al., 2012; Globefish, 2018). Thus, the decline in demand for bigeye tuna in recent years led to a decrease of imports of fresh and frozen bigeye tuna in Japan while total frozen tuna imports of yellowfin tuna and skipjack increased (Globefish, 2018). This development was also reflected in the value per ton of fresh and frozen bigeye tuna imports. While in the last decade the import values per ton of fresh bigeye tuna decreased by an average of 1% and frozen by 7% between 1988 and 2016, the value per ton for yellowfin tuna or albacore remained at similar levels over the same time period (FAO, 2016; Globefish, 2017, 2018). To approximate the demand for bigeye tuna, the import quantity (fresh and frozen) and the Japanese domestic production of bigeye tuna (in tons, Source: FAO, 2019) for the years 1988–2016 was included into the analysis. The analysis was restricted to market demand for bigeye tuna in Japan based on the rationale that the main market for bigeye tuna is for sashimi in Japanese cuisine when compared with the western preference for lighter tuna such as yellowfin tuna or albacore (Globefish, 2018).

The market value of bigeye tuna was identified as one major driver for fishermen’s harvest decision (Nishida and Izawa, 2005). Due to the lack of actual national market value data, the annual average import values per ton of frozen and fresh tuna worldwide for the years 1988–2016 were included in the analysis instead (FAO, 2016, 2019). The values were converted into 2015-values of the Pound Sterling using the annual average spot exchange rate published by the Bank of England (Series: XUAAUSS) and the consumer price inflation index published by the Office for National Statistics (Series: CPI INDEX 01.1: FOOD 2015 = 100).

While the market value primarily explains the harvest decisions (location and target species) of the tuna fishers (Nishida and Izawa, 2005), the catch-per-unit effort (CPUE) needs to also be considered (Polachek, 2006). With regards to the shift in demand combined with the decrease in market value, the total supply of bigeye tuna on international markets has shifted as well. While total supply of bigeye tuna peaked in 1994, followed immediately by a decrease of total supply until 2006, since 2007 a steady supply is reported (Figure 3). A major part of bigeye tuna catch is fished by vessels using longlines which have reported reduced catches in recent years, in contrast to purse seiners or bait boats whose catches have remained relatively stable (ICCAT, 2018a,b). This decline in catch reported by the longline fishery was partly driven by a reduction in fishing effort by the two largest suppliers of bigeye tuna, the Japanese and Chinese/Taiwanese flagged longline fishing fleet (ICCAT, 2015; Sharma et al., 2018). Since 2005, all vessels harvesting bigeye tuna have also been subject to a total allowable catch (TAC) regulation. This fisheries management measure was implemented due to a decrease in stock abundance probably exacerbated by the effects of warming seawater temperatures (Lynch et al., 2018). The observed decline in stock abundance was not fully balanced out by the decline in effort of the main fleet, thus resulted in a lowered CPUE (ICCAT, 2015; Lynch et al., 2018). The recovery of the stock of bigeye tuna, and there with the CPUE, has been slowed by recent overfishing of the stocks (Figure 3). In 2016–2017, total landings of bigeye tuna were estimated to have exceeded the TAC by 23% in 2016 and 18% in 2017 (ICCAT, 2018b).


[image: image]

FIGURE 3. Landings of bigeye tuna by fishing method (1956–2017) (ICCAT, 2018b).


A further factor considered was the running costs of the fishing fleet/vessels. Vast distances are covered by the longline fleet so fuel prices can influence how far fleets are willing to travel to target specific species. Fuel prices were based on the annual average of closing price for crude oil (West Texas Intermediate in US-$/barrel, inflation adjusted, Source: Macrotrends, 2019) as a proxy for bunker oil prices used by fishing vessels as fuel. Bunker oil price data for such a long time (1988–2016) was not available. It was assessed for a shorten time-series available that crude oil prices and bunker oil prices were highly correlated, therefore crude oil prices were believed to be an appropriate proxy for fuel cost levels for the fishing fleet.

An overview of the data included in the empirical analysis can be found in Table 1.


TABLE 1. Descriptive statistics.
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Empirical Analysis

Data was tested for serial correlation of the dependent variable and in the error-term (Cumby-Huizinga-Test), heteroskedasticity (Breusch-Pagan/Cook-Weisberg test) as well as multicollinearity within the estimation model (variance inflation factor). The tests for serial correlation of the dependent variable “license sold” revealed significant results. An autoregressive regression model with 2-years lag [AR(2)] resulted in best model fit and stability results under altering parameters describing the autocorrelation and stationarity in the data structure. A high pairwise correlation (Pearson’s pairwise correlation of 0.764, p < 0.1 including Bonferroni correction) of bigeye tuna caught by the Japanese fleet in the Atlantic Ocean, the corresponding CPUE and the number of licenses sold for harvesting the EEZ of Ascension resulted in multicollinearity issues. Therefore, the annual catch variable was excluded from the empirical analysis while CPUE was included as lagged variable. Similar correlation issues causing multicollinearity were detected for the worldwide average market value of fresh and frozen tuna, which therefore entered the estimation as total annual average. Otherwise, no further multicollinearity and heteroskedasticity issues were detected (i.e., variance inflation factor below 6).

The final model to estimate the drivers of license uptake can be stated as follows:

[image: image]

With [image: image]denoting the license sale for the years t 1988 to 2016, and Xt matrix of the explanatory variables: license fee, effort of the Japanese and Chinese/Taiwanese longline fleet in the South Atlantic, last years catch per unit effort in the EEZ of Ascension Island, the average import unit value of bigeye tuna and the price of crude oil, ϕ is the autoregressive coefficient, βn the coefficients of the variables in the explanatory matrix, and ϵt the normal distributed error-term.

Due to co-integration issues between the variables identified as main explanators for license uptake, a Vector-Auto-Regressive [VAR(1)] model with one year lag was employed to explore the connectivity of the effort of the longline fleet in the Atlantic area (indicated by the effort of the Japanese and Taiwanese/Chinese fleet) and the market demand for bigeye tuna (indicated by average import prices and the Japanese import volume). It was assumed that crude oil prices served as exogenous factors. The VAR estimated can be formulated as follows:
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With wt,i (i ϵ 1:5) as autoregressive error-term. The empirical analysis was conducted within Stata 15.1.




RESULTS

An autoregressive model was estimated including the first and second lag of the stationary process as well as explanatory variables such as the license fee, the general effort of the fleet in the area, success (measured as CPUE) in the EEZ of Ascension Island in the previous period, the market value of bigeye tuna and the cost of harvesting (approximated by the international crude oil price, Table 2). Results from the model show decreasing levels of license uptake were not linked significantly to the increasing level of the license fee. Instead, the license uptake was found to be on higher levels when the general effort of the Japanese fleet in the Atlantic Ocean was about 3.5% higher or the effort of the Taiwanese fleet was about 2.2% lower than usual. Neither, last year’s catch per unit effort in the EEZ of Ascension Island, the average import unit value of bigeye tuna nor the price of crude oil could be significantly related to the number of licenses sold. However, as already shown in Figure 2, the number of licenses sold followed a significant negative trend over the time period 1988–2016.


TABLE 2. Results of an AR(2) estimation model explaining the number of licenses sold (1988–2016).

[image: Table 2]

Although restricted by data availability, a VAR(1) was estimated to explore the relationship between the effort to catch bigeye tuna from the Japanese and Taiwanese fleet and the worldwide import values of bigeye tuna (frozen and fresh) and the Japanese domestic demand. Results shown in Table 3 show that the trends of effort by the Japanese fleet follow the trends of import value for frozen bigeye tuna, i.e., higher monetary values of frozen bigeye tuna increased the following year’s level of effort about 16%. The lack of significant evidence for a link between the value of fresh bigeye tuna per ton and effort appears to be a result of the time-lag, i.e., the effort level of the Japanese fleet is significantly correlated with the import values of fresh tuna of the same year (i.e., Pearson’s pairwise correlation of 0.724, p < 0.1 including Bonferroni correction).


TABLE 3. Results of a VAR estimation model.
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Unsurprisingly, fishing effort of the Japanese and Taiwanese fleet in the Atlantic targeting bigeye tuna was higher in years following years of high levels of demand. The previous year’s demand for bigeye tuna on the Japanese market was also found to cause higher levels of import of frozen bigeye tuna in the following year.

In years when the cost of fishing (approximated by crude oil market price) was high, the effort of the Japanese fleet and the Japanese demand was low. This relationship was not the same for the Taiwanese fleet. While, it is reasonable to expect the level of effort to decrease when operational costs are high, it is unclear why demand appears also to be low in the years of higher crude oil price but the average worldwide import value of bigeye tuna does not seem to be significantly impacted.

The two estimation models [AR(2) and VAR] fulfilled the stability conditions and none of the included variables showed signs of unit-roots. However, low levels of co-integration were detected in the VAR estimation model.



DISCUSSION

This economic study was undertaken to assess the main reasons for an observed drop in fishing license sales. This information, in combination with the additional costs of administrating and managing such a fishery was used to inform the design and designation process of the Ascension Island MPA.

The empirical analysis did not identify any significant link between the increasing license fee and the decline in license sales. This result concurs with a study conducted by Reeves and Laptikhovsky (2014) which estimated that a fee of up to £20,000 should not impact license sales. The recommendation on the license fee level was based on estimated tuna revenues and the assumption that the license fee should not exceed 6% of tuna revenues to meet a competitive price level. Considering the amount of catch harvested in the EEZ of Ascension Island and the average market prices for bigeye tuna, it was calculated that the license fee was on average approximately 1% of the revenue, hence far below the recommendation of 6%. Thus, it is unlikely that a decrease in the license fee would lead to an increase in license sales.

The observed drop-in the number of licenses sold coincided with the closure of 52.6% of the Ascension Island EEZ, and the introduction of stricter license requirements and enforcement (mainly related to vessel safety). The stricter requirements were argued to be caused by some widely media-covered cases of human-trafficking (Reeves and Laptikhovsky, 2014). Additionally, a case was made in February 2016, demonstrating the tightening of enforcement when one vessel fishing in the EEZ of Ascension Island was successfully prosecuted and eventually fined £1k for the breach of license conditions (i.e., insufficient number and conditions of life jackets and retaining of one shortfin mako shark—both violating license requirements in place). While these changes in fisheries management may have decreased the incentive for the Japanese and Chinese/Taiwanese fleet to buy a license to harvest the EEZ of Ascension Island, this study did not include the cost of compliance for the fleet into the empirical estimation (Rowlands et al., 2019). It was instead focused on the local drivers of license sale (license fee) which can be altered by the Ascension Island Government, but it can be assumed that cost of compliance for the fleet would explain another part of the picture.

Nishida and Izawa (2005) postulated that market value is the most important dominator of tuna fishermen’s behavior, a result we confirmed during our analysis. Higher market value of frozen tuna imports seemed to have incentivized increased fishing effort in the following year, while higher import values per ton of fresh bigeye tuna was significantly linked to higher effort levels in the same year.

We also demonstrated that the demand of the Japanese market influences the following year’s import value per ton of frozen bigeye tuna. In addition, the import values per ton of bigeye tuna (fresh and frozen) into the Japanese market are significantly correlated with the worldwide average import value for bigeye tuna, therefore, supporting the argument that the Japanese demand for bigeye tuna has a great influence on the global tuna market (Globefish, 2018).

Our study showed that the major driver for license sale in the EEZ of Ascension Island was the effort of the Japanese fleet. In years when the Japanese fleet was actively targeting bigeye tuna to meet market demands, the license sales for the EEZ of Ascension Island was high. However, in recent years, the demand for tuna for sushi and sashimi shifted from heavy tuna to lighter tuna, reducing the demand for bigeye tuna and therefore a reduction in effort by the Japanese fleet in the North Atlantic (Globefish, 2017). In addition, increasing fuel prices and a decrease in CPUE contributed to an observed drop in fishing effort by the Japanese longline fleet. In recent years, the Taiwanese fleet increased effort to supply the Japanese demand for bigeye tuna. The ability of the Taiwanese fleet to continue to target bigeye tuna even when the market demand had decreased is thought to be due to the high level of subsidies associated with Taiwanese high sea fishery (Sala et al., 2018). The predicted continued decrease in CPUE for bigeye tuna as assessed by ICCAT (2018b) is unlikely to improve the economic viability of the fishery.

It was concluded that the current number of licenses sold would not cover the monitoring and enforcement cost for option 1: partial closure of the EEZ (Thomas et al., 2018; Rowlands et al., 2019). Hence, to make this option feasible such as enforcement and monitoring cost are covered by license revenues, license sale would need to be increased (Rowlands et al., 2019). In contrast, option 2: full closure of the EEZ for the international tuna fishery would imply that IUU would be addressed by the relevant Regional Fisheries Management Organization. This would mean the International Convention for Conservation of Atlantic Tuna (ICCAT) would prosecute and sanction violations of the MPA and with this MPA management cost would decrease significantly for Ascension Island (Thomas et al., 2018).



CONCLUSION

This study demonstrated that the drop in license sales were not correlated with the increase in license fees. Moreover, it was highlighted that the main drivers affecting license sales were the market demand and value of tuna, in combination with the distribution of fishing effort across both the Japanese and Chinese/Taiwanese longline fleets. Until global demand for bigeye tuna increases, it was deemed highly unlikely that the international fishery will once again become a profitable enterprise. Especially when the increasing costs of monitoring, reporting in line with international obligations and enforcement are considered.

Our analyses focused on the volatility of license sales which permit fishing within the EEZ of Ascension Island. Understanding the drivers of the license sales allowed decisions to be taken in relation to how to manage the tuna longline fishery in the future while considering the proposed management and design of a large scale MPA. Understanding these drivers and the impacts they could have on the already limited ability of small islands to create income streams from fishing and other activities is crucial for the funding of monitoring and enforcement cost of large scale MPAs.

The study is part of wider consideration on the design of a large-scale MPA. However, it is here shown that the cost of monitoring and enforcement are a crucial consideration and as such funds needs to be secured. In our case, the Government of Ascension Island funded monitoring and enforcement through license sales to the international commercial fishery. While this funding scheme covered in the 1990s the cost for monitoring and enforcement, already in the past years, costs for maintaining a sustainable fishery needed to be funded by other incomes. It is here demonstrated that considering the bigger picture on the drivers for license uptake can help to governments to decide on the future of their fisheries management decisions such as the introduction of a large-scale remote MPA.
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Questions to be considered

History

Area (m?) (footprint)

Duration

Frequency

Dredge Depth

Sensitive Areas (SAs)

Criteria

H = Previous extraction
N = No previous extraction

H=> 500

M =51-500

L =10-50

N=<10

H = > 6 months

M = 1-6 months

L =1 week to 1 month
N = <1 week

H = Very Frequent e.g. daily

M = Regular e.g. weekly

L = Occasional e.g., monthly

N = Infrequent e.g., yearly or more

H=>2m
M=1-2m
L=05-1m
N=<05m

H = Within 2 SAs

M = Inside 1 SA and within 5 km of
another

L = Inside 1 SA or within 5 km of a SA
N = Not inside or within 5 km of a SA
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Study species

Previous or current monitoring

Suitable for UAV

Proposed sites for future

Suggested survey

monitoring research time
Southern Long-term monitoring of the colony at King Edward Yes King Edward Cove, Hound Bay, Peak pupping season —
elephant seal Cove since 2015 with weekly ground counts St Andrews Bay, and Undine last week of October
(Mirounga conducted throughout the pupping season. Hound Harbour
leonina) Bay and St Andrews Bay last monitored during the
whole island survey in 1995 — complete terrestrial
count of cows
Antarctic fur Long-term monitoring at Maiviken and Bird Island Yes Bird Island, Rosita Harbour, Start Peak pupping season —
seal Point, Salisbury Plain, Blue Whale middle of December
(Arctocephalus Bay, Stromness Harbour, Husvik
gazella) Harbour, Maiviken, Hound Bay, and
Cooper Bay
Wandering Bay of Isles — Prion and Albatross Island surveyed Yes Bay of Isles and Bird Island Nesting survey in
albatross annually, the other 7 islands last surveyed during a January, fledging survey
(Diomedea wider population study around South Georgia at the end of October
exulans) conducted in 2014/2015. Long-term continuous
monitoring at Bird Island
Macaroni Long-term monitoring at Bird Island Only colonies on rocky Bird Island, Willis Islands, Elsehul, Mid November
penguin slopes, not those Rumbolds Point, Cooper Bay,
(Eudyptes nesting in tussock Cooper Island, Green Island, and
chrysolophus) grass Clerke Rocks
King penguin Most recent satellite counts conducted in 2020 Yes Right Whale Bay, Salisbury Plain, End of January
(Aptenodytes Sea Leopard Fjord, Antarctic Bay,
patagonicus) Fortuna Bay, St Andrews Bay, Gold
Harbour, and Trollhul
Gentoo Long-term annual monitoring at Maiviken and Bird Yes Maiviken, Godthul, Penguin Bay, Variable nesting
penguin Island Wiliams Cove, Bjornstadt Bay, season, incubation
(Pygoscelis Gold Harbour, Right Whale Bay, around the middle of
papua) Rookery Bay, Cooper Bay, and November
Cooper Island
Chinstrap Yes Cooper Bay and Cooper Island December
penguin
(Pygoscelis
antarcticus)
Black-browed Long-term monitoring at Bird Island, larger survey Yes Willis Islands and Cooper Island Nesting survey in
albatross of the South Georgia population conducted in January
(Thalassarche 2014/2015

melanophris)
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Confidence Level Description

High The data used are the best available, robust and the
outputs are well supported by evidence.
Majority of experts agree.

Medium The data are limited and/or proxy information.
There is a majority agreement between experts; however,
evidence is inconsistent and there are differing views
between experts.

Low The data are limited and not well supported by evidence.
Experts do not agree.
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Month (m) Depthpean (M) Depthpjax Time > 100 m (%) Temppjean (°C) Time >20°C isotherm (%)

Day Night All All Day Night All Day Night All Day Night All
Jan 49.2 19.9 34.7 488 9.5 2.0 5.9 21.3 22.3 21.8 26.6 4.5 156.0
Feb 271 18.8 23.2 386 4.7 1.4 3.1 23.3 23.7 23.5 8.0 4.2 6.2
Mar 23.3 21.6 225 418 1.4 0.8 1.1 23.2 24.2 23.7 11.1 4.2 7.7
Apr 46.9 241 35.3 603 72 1.9 4.5 21.4 24.3 22.9 24.9 3.6 14.0
May 65.8" 30.3" 47.2 1013 14.8 25 8.4 20.3 23.9 222 30.0 2.6 15.6
Jun 78.1% 32.1% 53.5 423 16.1 1.7 8.5 19.5 23.4 21.6 33.5 1.6 16.5
Jul 92.5 36.0 62.4 423 31.2 3.5 16.5 201 22.6 21.4 24.6 1.2 12.1
Aug 82.5 35.2% 58.1 292 30.4 3.9 16.7
Sep 85.0* 39.2% 62.1 452 32.4 4.7 18.6
Oct 88.5" 33.3* 62.0 368 37.8 2.4 20.6
Nov 50.2% 29.6" 40.6 531 13.8 1.1 7.9 211 21.2 211 2.4 1.0 1.8
Dec 36.4 24.3 30.9 476 6.4 0.8 3.9 20.9 21.5 211 16.1 2.5 9.4

Variables summarised include the mean depth (Depthmean), the maximum depth (Depthwax), proportion of time spent deeper than 100 m (Time > 100 m), mean water
temperature (Tempwmean), @and proportion of time spent deeper than the 20°C isotherm.
*Depthmean Significantly deeper compared to other months (P < 0.05).
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Depth (m) N Mean pitch angle (°) P-value

0-50 9566 11.45 1

51-100 4228 11.79 0.588
101-150 752 13.93 0.053
151-200 486 26.33 <0.001
201-250 550 30.78 <0.001
251-300 746 33.67 <0.001
301-350 804 27.02 <0.001
351-400 112 25.70 <0.001

Significant P values indicate that the fast-start pitch angle was significantly higher
than pitch angles in the surface 50 m.
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Tag type ID Release Recapture TaL Distance (km) Depthpax (M) Tyin (°C) Tamax (°C)

Date Lon (°) Lat(°) SFL (cm) Date Lon (°) Lat(°) SFL (cm)

PSAT 1116004 21/11/2016 —5.756 —16.11 101 04/01/2017 - 45 - 476 7.25 14.80
1116009 21/11/2016 —5.76 —16.11 119 11/07/2017 -5.71 —15.92 - 232 21 488 7.20 17.00
83842 10/12/2018 —-6.02 —12.87 125  12/04/2019 -6.03 —12.87 129 123 1 392 9.05 17.70
Archival (G5)  A14757 22/03/2018 —5.81 —15.98 67 24/04/2018  — — 69 33 — 547
A14764 22/03/2018 —5.789 —15.97 80 25/04/2018 — — 85 34 — 540
A14774 23/03/2018 —-5.79 —15.97 75 03/05/2018 —5.94 —15.98 80 41 16 1014
A14775 23/03/2018 —-5.79 —15.97 79 10/01/2019 —-5.83 —16.01 111 293 6 452
A14778 23/03/2018 —-5.79 —15.97 79 13/04/2018 —5.94 —15.98 80 21 16 243
A14779 23/03/2018 —-5.81 —15.98 7 11/05/2018  — = s 49 — 603
A14780 21/03/2018 —-5.81 —15.98 72 19/05/2018  — — 81 59 — 581
A14781 22/03/2018 —5.81 —15.98 78 27/11/2018 -6.81 —1598 110 250 2 561
A14784 21/03/2018 —-5.79 —15.97 82 14/05/2018  — - - 54 - 382
A14788 23/03/2018 —5.81 —15.98 74 25/04/2018  — - 78 33 - 494
A14795 21/03/2018 —-5.81 —15.98 85 19/06/2018  — — 96 90 — 464
A14798 22/03/2018 —-5.80 —15.97 7 30/05/2018 —5.78 —15.87 85 69 15 409
A14799 22/03/2018 —-5.81 —15.98 79 11/11/2018 — - - 234 - 422
A14808 23/03/2018 —5.79 —15.97 82 12/06/2018  — - 95 81 - 431
Archival (Lotek) LO1195 09/01/2019 —-5.79 —15.97 70 03/05/2019  — - 89 114 - 522 6.48 19.02
L01353 06/12/2018 —5.79 —15.97 87 25/05/2019 —5.79 —15.96 95 170 495 5.1 21.90
L01356 09/01/2019 -5.79 —15.97 70 13/03/2019 —5.64 —15.92 78 63 522 6.62 18.92
L01385 07/01/2019 —5.79 —15.97 67 11/03/2019 —-5.64 —15.92 76 63 513 6.8 18.42
L01389 07/01/2019 —5.79 —15.97 84 29/03/2019  — - 89 81 490 7.32 17.76
L01394 06/12/2018 —5.79 —15.97 69 11/06/2019 —-5.79 —15.97 87 187 493 74 17.26
L01403 09/01/2019 —-5.79 —15.97 64 22/03/2019 —5.79 —15.96 72 72 500 6.94 18.70
L01404 09/01/2019 —-5.79 —15.97 83 18/01/2019 —-5.75 —16.05 83 9 79 19.3 5.04
L01414 07/01/2019 -5.79 —15.97 72 19/04/2019 —-5.79 —15.96 85 102 507 6.54 18.80
L01415 09/01/2019 —-5.79 —15.97 67 27/06/2019  — - 87 169 492 6.82 20.10

The length of the tuna is shown as standard fork length (SFL), and the time at liberty (Tal) in days and distance between release to recapture is also shown. Summary of
the maximum depth (Depthwmax) is provided for all tuna recovered. Minimum temperature (Tmin) and maximum difference in temperature within 24 h (T Amax) is shown for
tuna tagged with external temperature sensors.
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Location Wandering albatross Wandering albatross

adult count fledgling count

Albatross Island 33 102
Prion Island 7 27
Outer Lee Island 2 2
Inner Lee Island 3 8
Crescent Island 2 3
Mollyhawk Island 0 1
Invisible Island 0 0
Petrel Island 0 0
Skua Island 1 0
Total 48 143
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Study species

Southern elephant seal (Mirounga leonina)

Wandering albatross (Diomedea exulans)
Macaroni penguin (Eudyptes chrysolophus)

King penguin (Aptenodytes patagonicus)

Adélie penguin (Pygoscelis adeliae) and chinstrap
penguin (Pygoscelis antarcticus)

Survey location

King Edward Cove

St Andrews Bay

Hound Bay

Bay of Isles

Rookery Bay

St Andrews Bay

Beach Point, Thule Island

Aerial survey dates

02/10/2019 - 14/11/2019
22/10/2019 - 25/10/2019
25/10/2019
20/11/2019
22/11/2019
23/11/2019
09/01/2020

Aerial survey height (AGL)

Between 40 and 70 m
Between 65 and 75 m

Between 80 and 120 m
Between 50 and 70 m
Between 40 and 80 m
Between 70 and 80 m
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Crawford Yakhont R.S.A McNish

Crawford = 1.00000 0.96792 0.18249
Yakhont 0.00463 = 1.00000 0.80331
R.S.A 0.00594 0.00254 = 0.007920
McNish 0.01379 0.00808 0.02475 =

Bonferroni corrected p-values are presented in the upper right quadrant. Significant
results are indicated in bold (p < 0.05).





OPS/images/fmars-08-640504/fmars-08-640504-t004.jpg
Seamount No. alleles Allelic richness Observed heterozygosity Expected heterozygosity Nei’s diversity Inbreeding
(Ho) (He) (hs) coefficient (Fjs)
Crawford 2.75 2.36 0.38 0.73 0.73 —0.03
McNish 247 1.94 0.27 0.69 0.56 0.04
R.S.A &7 221 0.23 0.63 0.61 0.14
Yakhont 2.42 2.14 0.29 0.71 0.71 0.18
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Locus No. of alleles Expected heterozygosity (He) Observed heterozygosity (Ho) HWE p-value* Nei's diversity (hs)

9-N1658 7 0.65 0.55 0.000 0.65
12-N1859 8 0.65 0.45 0.000 0.66
13-N2161 6 0.48 0.26 0.000 0.48
15-N2263 14 0.71 0.39 0.000 0.72
18-N2542 9 0.56 0.51 0.239 0.56
27-N4870 6 0.47 0.43 0.015 0.47
38-N7114 7 0.26 D.21 0.002 0.27
43-N7938 8 0.69 0.57 0.000 0.69
45-N8560 6 0.41 0.38 0.105 0.41
48-N11437 11 0.76 0.79 0.285 0.76
49-N1550 3 0.48 0.48 0.200 0.49
50-N11694 8 0.58 0.53 0.000 0.59
Mean i 0.56 0.46 n/a 0.56

*p-value for the test of HWE for each locus, tested using Chi-square test with Yates continuity correction. Bonferroni adjustment is used, as such, a significant
result <0.00417.
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McNish Yakhont R.S.A Crawford Mean S.D

Tajima’s D

Tajima’s D —0.24346 —0.52157 —0.14806 —0.23257 —0.28641 0.16246
Tajima’s D p-value 0.43100 0.32000 0.50500 0.46100 0.42925 0.07892
Fu's F

Fu's F —3.61070 —4.75720 —3.21393 —11.30017 —5.72050 3.77690
Fu’s F p-value 0.07700 0.03100 0.13100 0.00000 0.05975 0.05707
Mismatch distribution: demographic expansion

SSD 0.02952 0.01105 0.03872 0.01185 0.02279 0.01362
Model (SSD) p-value 0.02000 0.34700 0.00400 0.15700 0.13200 0.15893
Raggedness index 0.04149 0.02720 0.07087 0.01563 0.03880 0.02386
Raggedness p-value 0.06100 0.36400 0.01100 0.56500 0.25025 0.26145
Mismatch distribution: spatial expansion

SSD 0.03027 0.01395 0.03823 0.01667 0.02478 0.01146
Model (SSD) p-value 0.07800 0.46300 0.06400 0.05000 0.16375 0.19983
Raggedness index 0.04149 0.02720 0.07087 0.01563 0.03880 0.02386
Raggedness p-value 0.37800 0.77400 0.18800 0.63400 0.49350 0.26146

Bold values indicate p < 0.05. SSD is the sum of square deviations.
Analyses were conducted using concatenated sequences of the mitochondrial cytochrome ¢ oxidase subunit | and control region.
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Crawford R.S.A Yakhont McNish

Crawford = 0.92664 1.00000 1.00000
R.S.A 0.00425 = 0.13395 1.00000
Yakhont 0.00262 0.04088 . 0.69885
McNish —0.00817 —0.01689 0.00986 =

Following correction with the Bonferroni method no results were significant (all
p > 0.05; corrected p-values are presented in the upper right quadrant).
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Maurolicus inventionis (pearlside)

Seamount Area Mean length Length b20 TS (dB) Mean Density Density Total area
(cm) range (cm) NASC (fish/m2) (g/m?) (km?)
RSA Plateau 3.7 2.6-5.7 —69.2 (Sobradillo et al., 2019) —57.84 11,024 154.7 78.6 375
RSA Slope 3.7 2.6-5.7 —69.2 (Sobradillo et al., 2019) -57.84 165.4 2.3 1.2 409
McNish Plateau 4.2 2.8-6.6 —69.2 (Sobradillo et al., 2019) —56.73 11,694 127.4 95 56
McNish Slope 4.2 2.8-6.6 —69.2 (Sobradillo et al., 2019) 56.73 2,117 23.07 17.2 351

Hyperoglyphe antarctica (bluenose warehou)

Seamount Area Mean length Length b20 TS (dB) Mean Density Density Total area
(cm) range (cm) NASC (fish/m2) (kg/m2) (km2)

McNish Plateau, slope 84 57-124 —67.5 (Foote, 1987) -30.71 18,424 0.5 4.73 116

McNish Plateau, slope 84 57-124 —77.0 (McClatchie et al., 1999) —38.51 18,424 3 28.51 116

[ ength values for pearisides were obtained from the net samples and for bluenose warehou from fisheries observer data collected at McNish in March-April 2018 (Bell et al., 2021).

Total biomass
(tonnes)

29,469
483.4
5,307
6,046

Total biomass
(tonnes)

548,851
3,307,159
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National Protected Areas Ordinance and Regulations

e m " Fisheries (Conservation and Management) Ordinance

Fisheries Limits (Licensing of Fishing) (Offshore Zone) Order -

Appropriate legal and institutional frameworks

* A ‘whole of government’ approach

Key legislative instruments made complementary

* New legislation to fill gaps in licensing and regulation

|

/
> me

i
R I 5 )
LIVITIES

Commercialfisheries Marinerecreation Recreationalfishing

\

Common set of objectives

* IMM process incorporated conservation of ecosystem
health and sustainable development of social and
economic activities compatible with marine protection

=g
s ¥

esign and Ascension Island MPA working group
planning  (AIG, academic institutions, NGOs, Blue Belt)
collated evidence, developed MPA designs and costs

Option 1: 50% MPA Option 2: 100% MPA
50% commercial fishery No commercial fishery
\ MPA Evidence and Options Document

e

Consideration of trade-offs and cumulative impacts

MPA Evidence and Options Document considered:
* Environmental impacts and benefits

* Likely management measures to tackle priority threats
and enforcement issues

* Comparison of management costs (surveillance,
/ patrols) and projected revenue (fishing licenses)

MPA public consultation local island fishers

\ Governor’s decision (ongoing...)

A
/ \
/ R i sy / \ Public engagement with

Ascension Island Council Inshore Fisheries Advisory
vote Committee (IFAC) established to
develop management measures

\ Effective participation

* Early public engagement highlighted sectoral conflicts
to be addressed

* Two parallel and integrated processes established for
MPA design and inshore fisheries management

* Consultation process involved stakeholders across
sectors and at all levels of governance

/

/

MPA Management
Plan

Flexibility and process for review, evaluation and refinement

* MPA Management Plan follows adaptive management cycle

* Monitoring, Evaluation and Research Strategy developed

Effective resourcing, capacity, leadership and tools

* Blue Belt Programme established centralised remote surveillance
system to address UKOT lack of capacity

* MPA Finance Strategy developed to address medium and long-
term resourcing challenges
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managing developmentactivities within St Helena’s
marine environment

S al I(‘ 1ICIC

Land Planningand Development Control Ordinance

Environmental Protection Ordinance and Regulations for

Appropriate legal and institutional frameworks

New legislation to fill gaps in licensing and regulation

Licensing process for marine developments integrated

within terrestrial planning legislative framework

: "(‘ I X

Sand extraction & )
Construction

_ Cables & pipelines
dredging

\vl—// o

\

Common set of objectives

To effectively manage developments in the marine
environment to prevent, minimise and mitigate
adverse impacts on the marine environment,

whilst supporting sustainable economic
development

v

Environment, Natural Resources & Planning
Directorate

Planning and Building Control
Division

Division
Land Development Control Plan

\ Weme‘nt Plan

Policy for managing development activities within St Helena’s marine
environment

/\:./VV

Environmental Management

Consideration of trade-offs and cumulative impacts

Environmental risk-based approach informs license
conditions and requirement for EIA

Locally-appropriate cumulative impact assessment

License approval process considers -ve impacts to
marine environment and other uses of MPA and
potential +ve benefits to economy

/

l(!l( :\'4‘:V‘t"i’"1"‘""
Collaboration across SHG \

o
P
|

Pubic consultation extraction operators

Approval by Environment & Natural Resources Committee

Public engagement with sand

\

Effective participation

Early engagement with sand extraction operators

Policy drafted in collaboration with SHG Divisions
responsible for land planning, environmental
management, marine conservation and fisheries

Public consultation with a wide range of stakeholders
across sectors

/

¢
/

—
Marine \\ » \
Development \ Guidati \
License \\L.-/' \
! \
k |
= \l it -’__{J

(—

=

\C

Flexibility and process for review, evaluation and refinement

Associated monitoring regime to support adaptive management
Regular review of marine development licenses

Effective resourcing, capacity, leadership and tools

Financial assistance for monitoring equipment

Funding for Marine Enforcement Officer to monitor compliance
with license conditions

Ongoing assistance to support policy implementation
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Territory VME habitat type (ICES, No. transects identified as

2016) each VME habitat type

Ascension Sea pen field 1
Cold-water coral reef 5

Total = 6/25 transects (24%)

St. Helena Cold-water coral reef 3

Total = 3/13 transects (23%)

Tristan Hard-bottom coral garden 4
Hard-bottom coral 8
garden/hard-bottom cup
coral field*

Cold-water coral reef 4
Hard-bottom cup coral 3
field*

Total = 19/36 transects (53%)

*Hard-bottom cup coral fields have been since added to the list, but are not listed
in the 2015 report.
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Territory: within-group similarity (%) Taxa (contributing %)

Ascension: 8.68 Reef-associated Ophiuroidea (14.53), Soft-bottom Caryophyllidae
(13.45), Decapoda (12.24), Gastropoda 2 (7.84), Cidaroida (3.12)

St. Helena: 9.33 Cidaroida (22.25), Reef-associated Ophiuroidea (11.56), Actiniaria 3
(10.36), Soft-bottom Caryophyllidae (7.26)

Tristan: 27.48 SF sponge 1 (11.62), Hard-bottom Caryophyllia spp. (11.38), EC

sponge 1 (7.12), Ophiomusium sp. (6.26), Hydroid 3 (4.43), SF
sponge 3 (4.02), Gastropoda 1 (3.73), EC sponge 3 (3.64)

Cumulative (%)

51.18
51.43

52.21

The cut off for cumulative percentage contribution to group similarity is 50%. “SF” = structure-forming, and EC = encrusting sponge morphologies. Taxa considered VME

indiicators in ICES (2016) are denoted in bold.
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Cluster No. of Mean Temp.

code transects substrate range
and sitesin  hardness (°C)

cluster (1-6)

Temperate clusters

b 1,4 2.7 -

o 2,1 5.1 10.8-10.8

d 1,1 2.7 -

e 1,1 5.8 =

f 1,4 4.3 -

9 2;:1 41 8-8.38

h 4,1 41 10.2-10.6

i 3,1 4.6 9.2-10

j 4,1 3.8 9.5-10

k 5; 1 41 9.3-9.7

| 1 3.1 -

m 2,1 2.5 9.7-9.8

n 2,1 3.5 9.6-9.9

o 1,1 4.3 -

p 1;1 3.7 -

q 51 5.1 5.5-6.2

Tropical clusters

a 1,1 4.0 -

r 1,4 2.0 =

s 2,1 2.0 6.1-6.1

t 14,6 3.7 6.2-11

u 7,3 2.9 4.9-10.8

\ 13,6 4.4 42-7.8

Mean
temp.
(°C)
10.8
10.8
3.9
8.7

6.4
8.4

10.4

9.6

9.8

9.5

8.6
9.8

9.7

4.7

g
5.8

131
11.5
6.1
8.1

6.1

5.5

Depth
range (m)

170-186

374-423
190-249
285-345

273-323

314-338

297-307

205-318

550-624

597-6597
232-581

278-875

487-1011

Mean
depth (m)

178
178
837
376

531
399

217

319

208

328

386
302

703

434
590

190
218
597
434

712

758

SIMPER
similarity
level

58.67

54.78
57.07
65.84

58.94

52.24

67.70

67.56

47.53

94.25
15.67

19.86

12.11

C.%

58.00

55.91
54.39
50.49

50.94

52.63

50.04

52.47

52.19

71.01
60.07

64.45

52.02

Characterizing taxa identified by
SIMPER

Hard-bottom Caryophyllia spp.
(45.95), Thouarella spp. (12.05)

SF sponge 1 (16.3), SF sponge 2
(9.04), Ophiomusium sp. (8.46),
Stylasteridae 1 (7.83), Hydroid 1
(7.15), Bryozoan 1 (7.15)
Hard-bottom Caryophyllia spp.
(12.65), Bivalvia 1 (12.07), EC sponge
1(8.71), SF sponge 1 (7.18), EC
sponge 2 (7.06), EC sponge 3 (6.71)
Hydroid 2 (12.38), SF sponge 1
(11.81), Hydroid 3 (8.46),
Ophiomusium sp. (7.24), EC sponge 1
(5.58), SF sponge 3 (5.02)
Hard-bottom Caryophyllia spp.
(10.16), Ophiomusium sp. (6.94), SF
sponge 1 (6.09), Actiniaria 1 (5.64),
Zoantharia (5.62), Hydroid 1 (4.99), EC
sponge 1 (4.96), Hydroid 2 (3.42), EC
sponge 3 (3.12)

Actiniaria 1 (17.93), Ophiomusium
sp. (12.7), Hydroid 1 (8.06),
Hard-bottom Caryophyllia spp.
(7.04), SF sponge 4 (6.9)

SF sponge 1 (13.67), Hard-bottom
Caryophyllia spp. (12.83),
Gastropoda 1 (9.07), Hydroid 1 (7.24),
Hormathiidae (7.24)

Hard-bottom Caryophyllia spp.
(22.61), SF sponge 1 (8.37),
Bryozoan 1 (5.0), Gastropoda 1 (4.48),
Hydroid 1 (4.48), EC sponge 1 (3.88),
SF sponge 5 (3.66)

SF sponge 1 (9.73), Brachiopoda
(8.22), Stylasteridae 1 (8.07), EC
sponge 4 (6.60), Hydroid 3 (5.69),
Galatheoidea (5.48), EC sponge 1
(4.58), Bivalvia 2 (3.82)

Actiniaria 3 (71.01)

Reef-associated Ophiuroidea (27.12),
Cidaroida (18.35), Soft-bottom
Caryophyllidae (14.6)

Gastropoda 2 (25.65), Soft-bottom
Caryophyllidae (22.27), Actiniaria 4
(16.53)

Serpulidae (17.49), Reef-associated
Ophiuroidea (10.44), Decapoda (9.19),
Brachiopoda (8.52), Bryozoan 2 (6.38)

VME habitat

HBCCF and
coral garden

HBCCF and
coral garden

HBCCF and
coral garden

HBCCF and
coral garden

Partial CWC reef

HBCCF and
coral garden

Hard bottom
coral garden

CWC reef and
coral garden

Partial CWC reef
and sea pen field

Partial CWC reef

The cut off for cumulative percentage (C.%) contribution to group similarity is 50%. “SF” and "EC” refer to structure-forming and encrusting sponge morphologies,
respectively. Taxa considered VME indicators in ICES (2016) are denoted in bold. VME habitat refer to those identified in the WGDEC 2015 report on VMEs [with the
addition of hard-bottom cup coral fields (HBCCF)]; VMEs listed as partial denote clusters where <50% of the images can be identified as VME.
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Variable SS (trace) Pseudo-F p-value % variance
explained (2 d.p.)

Latitude 45970 13.023 0.001 15.32

Depth 13276 3.9132 0.001 4.42

Longitude 7621.4 2.2871 0.001 2.54

FBPI 6947.5 2.1182 0.001 2.31

Slope 6760.3 2.0938 0.001 2.25
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Location Depth (m) N Tr. Tot. Tr. Tot. img. Number of images where taxon present
Length (m)
Corals Bottlebrush Whip Branching Sea Umbelulla Pennatula Virgulariidae Porifera Stalked
corals corals corals pens spp. sp. crinoids
ZAVO 0-700 8 1,804 499 183 138 111 37 2 0 0 2 118 0
700-1,400 4 1,671 395 0 0 0 0 0 0 0 0 8 0
1,400-2,100 2 996 269 0 0 0 0 0 0 0 0 0 0
SAUN 0-700 4 2,148 531 oM 164 148 16 5 5 0 0 67 3
700-1,400 1 274 95 0 0 0 0 0 0 0 0 2 0
1,400-2,100 1 455 11# 5 8 0 0 0 0 0 0 4 0
MONT 0-700 5 2,099 447 24 8 6 10 0 0 0 0 3 0
700-1,400 2 852 305 2 0 1 1 30 1 29 0 3 0
1,400-2,100 0 = = - - = — - = = = -
MOBA 0-700 0 = - - = — - = = = -
700-1,400 4 2,084 633 8 3 1 4 2 2 0] 0] 0] 1
1,400-2,100 0 = 0 = —- - e s - - = =
SOTH 0-700 3 1,302 205 22 2 1 21 4 4 0 0 3 0
700-1,400 1 610 265 5 0 2 3 2 1 1 0 1 0
1,400-2,100 2 696 245 1 0 0 1 0 0 0 0 0 0

Corals and sea pens are shown as a group and as their component morphotypes.





OPS/images/fmars-08-662285/fmars-08-662285-t002.jpg
Depth
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Slope
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Backscatter

Island specific

Extended depth

Continuous

Sparse

Continuous

Sparse

Lower-Upper

Min P > 50-Max P > 50
Min P > 50-Max P > 50
Min P > 50-NA
Min P > 50-NA
Min P > 50-NA
Min P > 50-NA

Lower-Upper

Min P < 50-Max P < 50
Min P < 50-Max P < 50
Min P < 50-NA
Min P < 50-NA
Min P < 50-NA
Min P < 50-NA

Lower-Upper

Min P > 50-Max All

Min P > 50-Max P > 50
LQP > 50-NA

LQP > 50-NA

LQP > 50-NA

Min P > 50-NA

Lower-Upper

Min P < 50-Max All

Min P < 50-Max P < 50
LQ P < 50-NA

LQ P < 50-NA

LQ P < 50-NA

Min P < 50-NA

P > 50, all objects with 50% or more images with presence of a taxon at an island; P < 50, all objects with a presence of a taxon at an island; All, all objects with a
presence of a taxon over all islands; LQ, lower quartile.
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Effort Japan Effort Taiwan Import value BET fresh world Import value BET frozen world Demand Japan
Effort Japan;_ 1 0.275** —-0.107 —0.0740 —0.134 3.729
(0.140) (0.285) (0.335) (0.455) (4.384)
Effort Taiwan; _ 1 —0.288*** 0.514*** —0.0741 -0.287 6.335**
(0.0796) (0.162) (0.191) (0.259) (2.500)
Import value BET fresh;_1 —0.0369 —0.103 0.977*** 0.303 3.174
(0.0617) (0.126) (0.148) (0.201) (1.940)
Import value BET frozen;_4 0.160** 0.137 —0.0800 0.243 1.448
(0.0672) (0.137) (0.161) (0.219) (2.110)
Demand Japan;—4 0.0183*** 0.0154* 0.00764 0.0249* 0.536***
(0.00395) (0.00806) (0.00949) (0.0129) (0.124)
Price crude oil —4.035* —.753 —0.0594 —10.79 —164.6**
(2.427) (4.953) (5.832) (7.904) (76.24)
N 28 28 28 28 28
R? 0.991 0.975 0.994 0.977 0.996

Reported are coefficients and standard errors in brackets. **p < 0.01, *p < 0.05, *p < 0.1. Coefficients of significant estimates are highlighted in bold.





OPS/images/fmars-08-662285/fmars-08-662285-g005.jpg
Bottlebrush Whip Branching Sea pen Sponges
1.0 ZAVO
”M m m % m
0.0- | |
1.0 SAUN
O'S'& k\ k/\ /\k kL
0.0 1 /———F————1 B
10- MONT
05_& m m /M m
oo+ — > 8 A I |
1.0 1 SOTH
0-5'/\/\ /\/\ k k /\/\
0-0- T T T T T T T T T T - rtr r T T T — T T T T 7T T T T T T
9 2 a0 % Yo @S % Yo @SR Yo aS R Y ao R
bs) o =) o o b o o o o S o o =) (=) S o = o =) bs) o (=) o !
o o o o o o o o o o o o o o o o o o o o
Depth (m)
Bottlebrush Sponges
i. ZAVO
. SAUN
|\ MONT
/\ SOTH

Slope (degrees)

Prevalence| | 0% [ ] <50% [ > 50%

0
0Z 7
(O





OPS/images/fmars-09-648437/fmars-09-648437-t002.jpg
Variables

License fee

Effort Japan
Effort Taiwan
CPUE Ascension Island (lagged)
Import value BET
Price crude oil
AR(1)

AR@2)

Sigma

N

Wald chi2(8)

AIC

Number of licenses sold

0.000558 (0.00407)
0.0351*** (0.00636)
—0.0220*** (0.00259)
—19.06 (41.51)
0.00282 (0.0687)
0.0318 (0.318)
—0.983*** (0.173)
—0.875*** (0.187)
10.95*** (3.262)
17
2,545.06"*
164.22

Reported are coefficients and standard errors in brackets. **p < 0.01; BET, bigeye
tuna. Coefficients of significant estimates are highlighted in bold.





OPS/images/fmars-08-662285/fmars-08-662285-g004.jpg





OPS/images/fmars-09-648437/fmars-09-648437-t001.jpg
Variable

Number of licenses sold
License fee

Effort Japan

Effort Taiwan

CPUE ASC (tons/day)
Price BET (£/ton)

Price BET fresh (£/ton)
Price BET frozen (£/ton)
Crude Oil Price (£/Gallon)

Period

1988-2016
1988-2016
1988-2016
1988-2016
1988-2016
1988-2016
1988-2016
1988-2016
1988-2016

Min

0
3,879.31
41,208
59,373
0.29
6,5685.81
8,798.81
3,916.52
14.42

Mean

37.97
11,977.3
90,030.2
106,437
0.89
9,611.14
11,347.90
7,674.42
44.71

Max

134
20,000
135,576
182,598
1.89
12,939.63
15,226.13
11,497.69
99.67

29
21
29
29
22
29
29
29
29

Source

Ascension Island Government
Ascension Island Government
ICCAT
ICCAT
Ascension Island Government
FAO
FAO
FAO
Macrotrends
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Physiological condition Hyperoglyphe antarctica Baelde (1996)

Female Male
Immature 1 1
Maturing 3,4 2,3
Spawning 56 4
Spent 7 5

Resting 8
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Sex Length-weight relationship Age-length key (295% Cls) Age-/size-at maturity

a b L (TL) K 10 Age'/TLatfirst Age'/TLat50% Age/TL at95%
maturity maturity maturity
F 1646x107 2973 121.3(116.7-128.9) 0.081(0.070-0.093) -5.750(~7.024--4800)  52/71.0 13.8/95.8 2671116
M 1799x107 2958  1032(1007-106.1) 0.103(0.091-0.118) -5331(-6216--4.411)  1.3/56.8 10.3/82.8 56.8/103.1

Developing or spawning indivicuals counted as mature. GLM: n = 7,469 and 5,877 female and males respectively, p < 0.001. First maturity = estimated 1% of size class mature.
Von Bertalanfty parameters derived from 351 and 299 otolith reads (females and males, respectively), given as median with 95% Cl range. Data aggregated across seamounts.
*Age estimated from total length using mean, sex-specific, VB parameters.
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Longliner (MFV
Eoinburgn) | DoPn ange of fting ()
Sampling period (mm/yyyy)
# of fish sampled
# of hauls sampled Ressiich
‘Commercial
Trawler PV (erth range of fishing (m)
Argos Vigo) ~ DoPih rang 9

Sampling period (mm/yyyy)
#0f fish sampled

SumTotal  Crawford

87 0

54 10

N/A 306-420
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12,027 316
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NA NA
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0 o 0
40 5 84
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Depth and dte ranges refer to al fshing events (both research and commercia). A total of 14,550 bluenose was sampled either through research or commercial fishing but the
amount of effort expended at different seamounts was not consistent,
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Activity/pressure

Vessel groundings

Anchoring on reefs

Physical damage from fishers and
divers

Litter

Spatial conflict between seine-net

fishers and dive operators

Vessel-gear interactions between
fish pots and sand mining vessels

Prioritisation considerations

Rare occurrence. Improved bathymetry maps and navigational buoys are further
reducing the risk.

Fishers make a conscious effort not to anchor on coral reefs. Divers have moorings at
most dive sites. Separate spatial planning efforts underway to designate mooring zones
to further reduce anchor damage.

Commercial dive activity is low, as there is only one operator on the island. Tourism
levels are also low, with activity focused in small areas. Dive operator promotes the use
of reef-safe sun cream and responsible codes of in-water conduct.

Beach cleans are organised regularly by the Yachters association. Substantial amount
of litter originates off-island and is transported via currents.

Uncommon, due to minimal dive activity on the island. The main impact is damaged fish
nets, although the interaction may have some environmental impact.

Increasing in frequency due to rapid expansion in the sand mining industry. Substantial
economic impacts to fishers and environmental impacts (ghost fishing and physical
damage from lost pots). No management or mitigation options currently in place.
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E2 Jamestown Outfall 92 92

F1 Moorings <20 <20
H1 Jamestown Steps 67 62

11 Rupert’s Main Jetty <20 <20
J1 Rupert’s Temp Jetty <20 <20
K1 Rupert’s Slipway <20 <20
L1 Refuelling Dock <20 <20

CFU = colony forming units.
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Site

B2 (Half Tree Hollow)

C2 (Ladder Hill)

D2 (West Rocks Outfall)
E1 (Jamestown Outfall)
F3 (Moorings, James Bay)
G2 (RFA Darkdale Wreck)
H1 (Jamestown Steps)

11 (Rupert’s Main Jetty)

12 (Rupert’s Main Jetty)

13 (Rupert’s Main Jetty)

J1 (Rupert’s Temporary Jetty)
K1 (Rupert’s Slipway)

L1 (Refuelling Dock)
Average Inshore Value:

Nitrite (M)

0.17
0.12
0.44
0.12
0.14
0.16
0.20
0.07
0.07
0.20
0.19
0.09
0.13
0.16

TOxN (M)

0.01
0.01
1.47
0.01
0.01
0.01
0.32
0.01
0.01
0.01
0.01
0.43
0.71
0.23

Ammonium (nM)

1.59
2.14
16.91
2.03
1.86
1.73
3.38
1.41
1.40
1.99
1.41
1.45
1.562
2.99

DIN (i.M)

1.76
2.26
18.38
215
1.89
1.89
3.7
1.48
1.44
2.19
1.60
1.88
223
3.30

Phosphate (L M)

0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01

Silicate (M)

0.12
4.88
9.94
3.46
0.01

0.01

5.44
0.41

0.23
0.01

0.29
5.23
2.27
249

N:P

N:Si

14.7
0.5
1.9
0.6

0.7
3.6
6.3

5.5
0.4
1
3.5

Shading indicates highest values. Bold numbers show where inshore values and averages were higher than averages in offshore surface water (Tables 2c, 4). Values
below the limits of detection were set to 0.07 WM and were not used to calculate nutrient ratios.
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CTD No

UML 8
9
10
11
12
13
15
16

TC 8
9
15
16

>150m 10
11
12
13
13
16

Sample Depth (m)

N O 0 © O O ©

4
Average
127
126
105
126
Average
450
380
750
450
750
449
Average

Nitrite (M)

0.13
0.08
0.08
0.11
0.11
0.10
0.01
0.01
0.08
0.01
0.01
0.11
0.01
0.04
0.10
0.16
0.01
0.11
0.76
0.13
0.22

TOxN (M)

0.25
0.19
0.24
0.63
0.61
0.01
0.01
0.01
0.24
0.10
0.24
0.01
0.01
0.09
22.29
12 il
20.21
2.50
17.10
14.98
16.17

Amm (uM)

1296
2.01
i €]
1.76
1.83
i85
1.66
117
1.79
2.11
0.01
117
0.40
0.92
1.19
1.01
0.01
1.98
0.17
0.85
0.87

DIN (1LM)

2.21
2.20
2.15
2.39
2.44
2.09
1.68
1.18
2.04
2.21
0.25
1.28
0.46
1.05
23.48
20192
20122
4.48
il 24
156.83
17.03

Phosphate (. M)

0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.01
0.78
0.56
0.89
0.01
0.63
0.22
0.51

Silicate (. M)

0.01
0.50
0.01
0.01
0.01
0.01
0.34
1.41
0.29
1.80
0.01
4.86
9.43
4.03
T
11.15
18.87
17.94
18.26
13.86
16.21

N:P

221
220
215
239
244
209
168
118
204
221
25
128
46
105
32
37
23
448
27
72
34

N:Si

221

215
239
244
209

5
1
73
1.2
25
0.3
0.1

0.35
1.4
1.9
1.1
0.3
1.0
11
1.4

Average values are shown for surface water (upper mixed layer, UML), the thermocline region (TC) and water deeper than 150 m. Shading indicates highest values:
TOxN, DIN or Sivalues > 10 wM; ammonium > 1.5 wM; phosphate > 0.5 WM. Values below the limits of detection were set to 0.01 WM and were not used to calculate

nutrient ratios.
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Survey Region Depth MLD TCmax TCwidth FLRmax FLRmax_ Kd Zd DO <4 mg -1
(m) (m) (m) (m) (g1~ depth (m) (m™) (m) (m)
JR17-004 East Mean 620 15 194 179 0.46 81 0.051 91 172
SD 179 5 12 16 0.09 13 0.01 12 5
n 5 5 5 5 5 5 5 5
JR17-004 West Mean 800 21 185 164 0.41 71 0.045 104 181
SD 671 27 26 0.16 17 0.01 14 8
n 5 5 5 5 5 4 4 4
DY100 East Mean 1000 25 209 183 0.29 79 0.049 95 197
SD 0 24 30 0.01 10 0.00 10 16
n 2 2 2 2 2 2 2 2
DYIOO West Mean 800 22 209 186 0.29 89 0.048* 97* 190
SD 274 22 27 0.07 0.01 13 17
n 5 5 5 5 4 4 5

JR17-004 = RRS James Clark Ross (2018). DY100 = RRS Discovery (2019). * excluding station 9, sampled at night. SD = standard deviation, n = number of profiles.
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Surface waters Threshold values (50% deviation from average
or max; surface = from seasonal averages;
150-500m = from annual averages)

Parameter Units Season  Annual average Seasonal average Maximum Average Maximum

Model and satellite data

(a)

Nitrate * wM Jun-Nov 0.06 0.12 1.86 0.18 2.79
Phosphate wM Jun-Nov 0.16 0.17 0.34 0.26 0.51
Silicate wM Dec-May 1.59 157 2.35 2.60 3.53
Chlorophyll pug =" Jun-Nov 0.19 0.30 0.78 0.45 117
SPM mg =" Jun-Nov 0.59 0.64 1.60 0.96 2.40
(b) Depth 150-500 m

Nitrate * uM Annual 26.78 - 28.31

Phosphate uM Annual 1.81 - 1.89

Silicate wM Annual 17.27 = 19.25

Dissolved Oxygen mg =" Annual 4.18 — 4.78

(c) Observations - surface Surface, March 2019

Nitrite wM April 0.08 0.13

TOxN (nitrate + nitrite) wM April 0.24 0.63

Ammonium wM April 178 2.01

Phosphate wM April <LOD <LOD

Silicate wM April 0.29 1.41

Chlorophyll pg =t April 0.06 0.1

Dissolved Oxygen** mg =" April 6.46 6.87

(d) Observations >150 m Depth >150 m, Mar 2019

Nitrite wM April 0.22 0.76

TOXN, (nitrate + nitrite) wM April 16.17 22.29

Ammonium wM April 0.87 1.98

Phosphate wM April 0.51 0.89

Silicate wM April 16.21 18.87

Chlorophyll ug =" April 0.02 0.03

Dissolved Oxygen™ mg =" April 3.53 5.48

(e) Literature values

N:P - 16 - - 24

N:Si - ~1 ~1.5

Dissolved Oxygen mgl~" - - - 4-6

Proposed thresholds are based on 50% deviation from seasonal averages in surface waters, annual averages at depth, and maximum values. LOD = limit of detection.
* = Background values for mean nitrate concentration estimated from model results; the standard deviation (0.32) was added to the mean (0.12) due to high variability
in model outputs. ** = averages calculated from indlividual maxima of all offshore DY100 profiles (average minimum values were 5.48 mg I~ above 150 m and 2.59 mg
I=1 below 150 m).
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Parameter Excellent Good Sufficient

quality quality
Intestinal enterococci (CFU/100 ml) <100* <200* <185™
Escherichia coli (CFU/100 ml) <250* =500* <500™

Colony forming units per 100 milliliters (CFU/100 mi, EU, 2006). * = based on 95th
percentiles; ** = based on 90th percentiles.
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Species Tristan da Cunha St Helena SGSSI

mean G Total N (n*G) n mean G Total N (n*G) n mean G Total N (n*G)
Baleen whale 18 2.4 44
Beaked whale 1 1 2 4.5 9
Blue whale 1 1 1
Bottlenose dolphin d 271 190
Common dolphin 40 40
Fin whale 4 25 10
Hourglass dolphin 5 4 20
Humpback whale 1 1 1 3 3 23 15 34
Killer whale 1 1
Kogia unid species 2 6.5 13
Large dolphin 1 8 8
Pantropical spotted dolphin 5 50.8 254
Pilot whale 46.7 140 5 3.8 19
Rough-toothed dolphin 6 105 63
Unid small dolphin 2 3.5 7
Sperm whale 8 3.8 30 2 1 2
Unid dolphin 1 6 6
Unid whale/dolphin 50 50
Unid whale 99 1.7 171
Nm effort 348 803
n/Nm 0.78 0.41

n, number of sightings; G, group size; N, individuals.
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Territory Date Hours Distance Average
surveyed Sea state

Tristan da Cunha transit 18-24/03/18 48 449 3
Yakhont and Crawford 24-30/3/18 35 74 3
seamounts

Tristan da Cunha transit 1/4/18 7 35 2
St Helena transit 5 and 6/4/18 21 91 3
St Helena EEZ 6-12/4/18 49 83 3
St Helena transit 18-19/3/18 8.5 73 !
St Helena transit 4/4/19 6 18 6
St Helena EEZ 5-14/4/19 38.5 174 5

Sea state was too rough for observations in Tristan da Cunha’s EEZ in 2019.
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Station Cadmium (Cd) Chromium (Cr) Lead (Pb) Nickel (Ni)  Zinc (Zn) Iron (Fe) Copper (Cu) Manganese (Mn)

Marina sample A 0.11 11.0 1.32 28.8 12.1 251 416 2.76
Marina sample B (1 of 4) 012 1.65 0.80 4.48 5.87 1.23 287 1.14
Marina sample B (2 of 4) 0.08 1.40 0.62 8.01 9.05 15.4 2.94 1.37
Marina sample B (3 of 4) @L1lS) 41.9 8.31 30.7 45.6 65.5 16.5 3.64
Marina sample B (4 of 4) 0.09 3.84 1.06 5.54 50.4 19.6 6.45 255
Plantation Sample 1 0.08 11.3 0.14 196 9.29 11.6 2.08 220
Plantation Sample 2 0.06 8.67 0.28 191 11.6 188 1.54 1.86
Moody Brook Sample 1 0.05 0.98 0.74 2.70 16.7 5.59 8.46 2.56
Moody Brook Sample 2 0.06 1.02 1.69 3.55 171 713 17.3 2.62
Waste Site Sample 1 017 210 0.44 3.43 7.87 9.50 1.74 2,79
Waste Site Sample 2 0.35 1.99 0.72 25.2 8.92 9.41 2.36 3.92
Waste Site Sample 3 0.22 1.30 0.19 14.8 7.66 18.7 2.10 3.48
Standards:

EC WFD AA-EQS® (EU, 0.20 - 148 8.6 - - - -
2013)

EC WFD MAC-EQS® (EU, <0.45 (Class 1)(i - 14 34 - = s s
2013) 0.45 (Class 2)@

0.6 (Class 3)(i

0.9 (Class 4)(

1.5 (Class 5)
United Kingdom Specific 0.20 - 1.3 8.6 7.9 1000 3.76V) -
Pollutant Standard; long
term (mean) (UK, 2015)

All figures represent calculated concentration in the water column in ug I~'. Shading indicates less reliable data (not used) due to issues with control data. Standards
used are for dissolved concentrations.

(i) This parameter is the Environmental Quality Standard expressed as an annual average value (AA-EQS).

(i) This parameter is the Environmental Quality Standard expressed as a maximum allowable concentration (MAC-EQS).

(iii) For Cadmium and its compounds, the EQS values vary depending on the hardness of the water as specified in five class categories (Class 1: < 40 mg CaCO 3/,
Class 2: 40 to < 50 mg CaCO 3/, Class 3: 50 to < 100 mg CaCO 3/, Class 4: 100 to < 200 mg CaCO 3/ and Class 5: > 200 mg CaCO 3/I).

(iv) 6.8 ug I- 1 dissolved plus Ambient Background Concentration (1g/l). The recommended Ambient Background Concentrations in saltwater (coastal and estuarine) in
the United Kingdom is 1.1 pg/l dissolved zinc (UKTAG, 2013).

(v) where DOC < 1 mg I~
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Station TOxN/nitrate (LM) Ammonium (nM) DIN (pM) Phosphate (M) Silicate (wM) DIN:P DIN:Si

Lagoon_01 1.61 2.32 3.93 0.01 1.93 N/A 2.0
Lagoon_02 0.01 2.67 2.67 0.15 1.30 17.8 241
Lagoon_03 2.8 1.94 4.25 0.01 1.70 N/A 2:5
Lagoon_04 0.86 1.81 2.67 0.01 1.62 N/A 1.6
Lagoon_05 0.37 1.67 2.04 0.01 1.63 N/A 1.3
Lagoon_08 2.91 1.67 4.58 0.01 3.94 N/A 12
Lagoon_09 0.54 175 2.29 0.18 9.93 12.7 0.2
Lagoon_10 0.01 1.79 1.79 0.01 9.31 N/A 0.2
Lagoon_12 0.01 1.91 1.91 0.14 2.49 13.6 0.8
Leisure Marina 1.05 2978 3.80 0.20 3.02 19.0 1.3
Moody Brook 0.62 1.96 2.58 0.15 3.40 17.2 0.8
Munition Storage 0.01 3.69 3.69 0.22 3.53 16.8 1.0
Plantation Old Dock 0.01 1175 1.7 0.38 4.91 4.6 0.4
Plantation R&R 0.82 2.34 3.16 0.31 2.62 10.2 142
Thunder Cove 0.39 4.79 508 6127 3.74 19.2 1.4
Turtle Cove 0.01 1.67 1.67 017 3.16 9.8 0.5
Waste Management 0.61 Zuhil 2.72 0.23 5.63 11.8 0.5
Average (Lagoon) 0.71 2.27 2.98 0.14 3.76 187 0.8
Outfall S1a 0.39 1.98 2.37 0.15 1.82 15.8 1.3
Outfall S1b 0.18 1.66 1.84 0.14 2.74 13.1 0.7
Outfall S1c 0.13 1.48 1.61 0.14 1.92 1.5 0.8
Average (Outfall S1) 0.23 1.71 1.94 0.14 2.16 135 0.9
Outfall S2a 0.09 2.48 257/ 0.01 185 N/A 1.4
Outfall S2b 0.17 1.67 1.84 0.01 4.70 N/A 0.4
Outfall S2¢c 0.01 |72 72 0.01 1.98 N/A 0.9
Outfall S2d 0.01 1.7 14743 0.01 1.67 N/A 1.0
Outfall S2e 0.01 1.47 1.47 0.01 6.71 N/A 0.2
0.27 3.62 3.89 0.21 2970 185 1.4
0.01 3.36 3.36 0.01 5.79 N/A O 0.6
0.09 2.39 2.48 0.17 2816 14.6 1.1
0.01 1.99 1.99 0.14 1.72 14.2 1.2
0.01 2158 2.58 0.16 1.81 16.1 1.4
Average (Outfall S2) 0.07 2.30 2.37 0.07 3.11 13.9 0.8
Average (Both Outfalls) 0.11 217 2.27 0.09 2.89 147 1
Ocean_01 2.00 1.78 3.78 0.11 185 34.4 2.0
Ocean_02 0.01 1.47 1.47 0.01 1.41 N/A 1.0
Ocean_03 0.01 1.30 1.30 0.01 2.05 N/A 0.6
Average (Ocean_02 &_03) 0.01 1.39 1.39 0.01 1.73 N/A 0.8
Average (All Ocean stations) 0.67 1.52 2.18 0.11 1.77 19.8 1.2
Beach East Ocean 0.17 5.53 5.70 0.27 1.50 211 3.8

For average values, see rows in bold. Green shading = near-pristine averages (Ocean _02 and _03). Light gray shading = values higher than near-pristine averages. Dark
gray shading = stations closest to shore at S2. Values below limits of detection (LOD) were set to 0.01 uM. N/A = not applicable due to phosphate < LOD.
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lllustrative quotes

“there is one company all of his boats go there” or “our company has 8 boats targeting sharks in Seychelles and all 8 cross borders”
‘he had been arrested 2 years ago and had been detained at Diego Garcia”

“the two boats came together from Sri Lanka”

‘he said that there was another boat so he had (to give) some cigarettes to that boat”
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Waste Management
Waste Management

Date

31/03/2019
28/03/2019
30/03/2019
28/03/2019
28/03/2019
28/03/2019
30/03/2019
30/03/2019
28/03/2019
30/03/2019
30/03/2019
30/03/2019
30/03/2019
01/04/2019
27/03/2019
29/03/2019
26/03/2019
31/03/2019
28/03/2019
29/03/2019
29/03/2019
29/038/2019
29/038/2019
29/03/2019
29/03/2019
29/03/2019
29/03/2019
29/03/2019
29/03/2019
31/03/2019
31/03/2019
31/03/2019
31/03/2019
31/03/2019
31/03/2019
26/03/2019
27/03/2019
26/03/2019
31/03/2019
31/03/2019
27/03/2019
01/04/2019
01/04/2019
01/04/2019
01/04/2019

Lat

—7.3698
~7.2868
-7.2707
-7.3718
—7.3548
-7.3049
—7.2632
—7.2567
~7.2546
~7.2621
~7.2808
~7.2996
-7.3228
—7.3558
-7.2735
—-7.2735
—-7.2913
~7.3793
~7.2396
—7.2636
~7.2356
~7.2642
~7.2634
~7.2641
-7.3056
-7.3060
-7.3046
-7.3037
-7.3021
~7.2995
—7.2993
~7.2998
-7.3002
~7.2983
~7.3540
~7.3472
~7.2598
-7.3126
-7.3132
~7.4349
~7.3486
—7.3482
—7.3484
~7.3486
~7.3487

Long

72.4829
72.4036
72.4194
72.4412
72.4473
72.4554
72,4113
72.4020
72.4038
72.4500
72.4674
72.4820
72.4706
72.4326
72.3745
72.3745
72.3905
72.4296
72.3875
72.3526
72.3472
72.3577
72.3621
72.3601
72.3885
72.3884
72.3880
72.3870
72.3856
72.3890
72.3890
72.3901
72.3905
72.3889
72.4671
72.4655
72.3767
72.4332
72.4319
72.4349
72.4338
72.4341
72.4340
72.4339
72.4338

Sample
depth (m)

DO 60 060 0 000 D 00 0 @ 60 v = owr Sr oo sk o ab 2ko2n () O O O O —b ok sk ik el ko ek 2k ok ol =k ou G

E. coli
(CFU per
100 ml)

— - O O O = W

- W O 0O OO0 OO O o0 OO oL oo o o o o

Surface Probe

Conductivity, Temperature and Depth (CTD)
instrument package

pH

9.2

8.1

8.3

8.3
8.3
8.2
8.2
8.2

8.4

8.2

8.1

Sal

< LOD

33.90

33.80

34.10
34.10
34.10
34.10
34.10

33.30

33.90

33.80

DO (mg

1-1)

1.8

7.2

10.8

8.9
8.1
8.9
7.8
8.0

7.9

T(C)

35.0
32.0
30.9
32.0
32.9

32.2
32.6
32.0
32.0
32.0
32.0
34.0
31.2
32.0
33.6

33.0

31.7

Time (DG)

09:30
08:55
10:44
10:21
10:00
08:30
08:15
09:00
09:15
09:40
10:03
10:25

08:30
10:50
11:20
10:10
10:21
10:34
08:35
08:50
09:00
09:16
09:40

T(C)

30.4
30.4
30.8
30.8
30.2
30.2
30.2
30.5
30.9
30.9
31.0
31.0

29.6
29.6
29.5
29.9
29.6
29.5
29.8
29.8
N/A
29.8
29.8

Sal

33.97
34.12
33.81
33.86
34.05
34.12
34.10
34.05
34.16
34.11
34.08
34.08

34.16
34.12
34.20
34.21
34.18
34.21
34.21
34.19
N/A
34.21
34.20

Chl

(~eg )

N/A
0.33
N/A
N/A
N/A
0.40
0.38
N/A
0.29
0.36
0.32
0.60

N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A

DO

(mg1-7)

N/A
5.9
N/A
N/A
N/A
6.0
B
N/A
4.3
6.1

6.0
6.2

N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A
N/A

Turb
(NTU)

0.56
0.35
-1.30
0.65
0.55
0.34
0.37
0.62
0.74
0.46
0.44
0.70

0.27
N/A
0.29
0.10
0.68
0.46
0.35
0.40
N/A
0.35
0.37

T = temperature, Sal = salinity, DO = dissolved oxygen, Chl = chlorophyll, Turb = turbidity. Shading indicates stations where vertical profiles were obtained.
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Parameter Excellent quality Good quality Sufficient

Intestinal enterococci < 100* <200* < 185"
(CFU/100 mi)
Escherichia coli < 250* <500* < 500*

(CFU/100 mi)

Colony forming units per 100 milliliters (CFU/100 ml). *Based on a 95-percentile
evaluation; **based on a 90-percentile evaluation.
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Scientific name

Acanthurus leucopareius
Xanthichthys mento
Carangoides orthogrammus
Chaetodon mertensii
Kyphosus pacificus

Coris roseoviridis

Lutjanus kasmira
Parupeneus multifasciatus
Chromis vanderbilti
Scarus longipinnis
Epinephelus fasciatus

Common name

Whitebar surgeonfish
Crosshatch triggerfish
Island jack

Mertens’ butterflyfish
Pacific chub
Red-and-green coris
Bluestriped snapper
Multibar goatfish
Vanderbilt's chromis
Highfin parrotfish
Blacktip grouper

Family

Acanthuridae
Balistidae
Carangidae
Chaetodontidae
Kyphosidae
Labridae
Lutjanidae
Mullidae
Pomacentridae
Scaridae
Serranidae

Total MaxN

34
776
16
62
656
128

53
70
18
59

% Total abundance

1.28
28.03
0.57
2.24
23.69
4.29
0.36
1.92
2.53
0.65
213

% Total biomass

0.55
8.59
2.49
0.36
19.33
0.095
0.41
0.92
0.096
0.85
1.76

% Samples recorded

38.46
53.84
30.77
58.97
46.15
66.67
20.52
64.11
5.12
23.07
58.97

Common names follow Randall, 2005.
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Scientific name

Common name*

Pitkern (local)

Sep.14 Oct.14 Nov.14 Dec.14 Jan.15 Feb.15 Mar.15 Apri5 May.15 Jun.1i5 Jul.15 Aug.15

12 month Totals:

name September
14-August 15

Kyphosus pacificus Pacific chub Nanwe 52 55 80 23 5 26 0 0 125 114 44 17 541
Epinephelus fasciatus Blacktip grouper Red snapper 56 22 20 15 0 9 0 8 56 0 0 17 203
Thunnus albacares Yellowfin tuna Yellowtail 0 47 16 2 0 0 0 0 0 0 0 1 66
Kuhlia sandvicensis Reticulated flagtail White fish 28 10 0 23 0 0 0 1 0 0 1 0 63
Acanthocybium solandri Wahoo Kuta 0 36 14 1 0 0 0 1 0 0 2 1 55
Variola louti Coronation grouper Fafaaia 14 5 3 18 0 2 0 0 9 0 2 0 53
Cheilodipterus macrodon Large-toothed cardinalfish  Padpa 12 2 4 8 0 1 0 2 0 0 4 1 34
Cephalopholis urodeta Darkfin hind Matapod 8 0 0 0 0 1 0 0 6 0 0 18 33
Oxycheilinus unifasciatus Ringtail wrasse Slipi 9 4 4 0 0 0 0 2 5 0 0 0 24
Thalassoma purpureum Surge wrasse Pedu 10 0 3 1 0 0 0 1 3 2 1 1 22
Carangoides orthogrammus  Island jack Ulwa 5 4 0 0 0 0 0 2 3 0 0 0 14
Pseudocaranx dentex Thicklipped jack Ofee 2 5 0 5 0 0 0 0 0 0 1 0 13
Scaridae Parrotfish indet. Oohoo 6 5 0 0 0 0 0 0 0 1 0 0 12
Cephalopholis argus Peacock hind Ratty cod 6 2 0 0 0 0 0 0 0 0 2 0 10
Thalassoma lutescens Sunset wrasse Whistling 2 1 5 0 0 0 0 0 2 0 0 0 10

daughter

Monthly totals: 210 198 149 96 5 39 0 17 209 17 57 56
Scyllarides haanii Aesop slipper lobster Slippy lobster 0 0 0 0 0 0 0 0 0 0 0 0 0
Panulirus pascuensis Easter Island lobster Black lobster 0 0 0 0 2 0 0 0 0 0 0 0 2
Panulirus penicillatus Pronghorn lobster Red lobster 0 0 0 0 0 0 0 0 7 0 0 0

*Common names follow Randall (2005).
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Pitch

Depth x 0.4014 +63.8111 F

477.3,P < 0.0001
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Phyla

All Phyla
Annelida
Arthropoda
Bryozoa
Chordata
Cnidaria
Echinodermata
Mollusca
Porifera

Species

883
148
243
58
33
66
163
112
34

Chao 1

1317 (£57.7)
219 (£22.5)
359 (+30.2)
107 (+23.1)
55 (+£14.4)
103 (+17.0)
213 (+17.7)
176 (+£22.5)
46 (+£8.2)

Jacknife

1286 (+£57.9)
218 (£22.0)
348 (£15.8)
92 (+£17.0)
51 (£7.1)
101 (+8.4)
218 (£10.7)
170 (+17.9)
49 (+4.7)

Differential

0.75
0.55
0.40
0.90
0.49
0.48
0.38
0.40
0.56

Species column represents actual records of distinct species for each phylum;
Differential column represents the number of new species recorded per future
sample site; bracketed numbers represent standard error associated with each

species estimation.
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Region Species Chao 1 Jacknife Differential

South Sandwich Islands 883 1317 (£ 57.7) 1286 (£ 57.8) 0.75

Zavodovski Island 288 449 (+35.1) 435 (£54.6) 2.20
Candlemas Island 242 388 (£34.5) 369 (+45.8) 2.08
Saunders Island 126 278 (£45.4) 214 (£32.1) 257
Montagu Island 73 105 (£13.0) 114 (£21.2) 2.98
Montagu Bank 31 104 (£47.2) 54 (£13.7) 1.79
Bristol Island 55 84 (+£12.9) 88 (£12.2) 1.68
Southern Thule 150 310 (+£44.2) 250 (+30.9) 1.79
South Sandwich Trench 143 249 (£31.3) 226 (+£14.7) 0.62

Species column represents actual records of distinct species for each location;
Differential column represents the number of new species recorded per future
sample site; bracketed numbers represent standard error associated with each
species estimation.
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Functional group

10A
10B
11A
11B
11C
11D
12A
12B
12C

Record count

109
141
38
76
191
185
222
207
109
109
173
56
125
118
321
236
203
68
280
178
353

Description

Climax sessile suspension feeders

Climax sessile suspension feeders

Sedentary suspension feeders

Mobile suspension feeders

Epifaunal deposit feeders

Epifaunal deposit feeders

Infaunal soft-bodied deposit feeders

Infaunal shelled deposit feeders

Grazers

Soft-bodied, sessile active and passive filter feeders
Soft-bodied, sessile active and passive filter feeders
Hard-bodied, sessile active and passive filter feeders
Soft-bodied mobile scavenger or predator
Soft-bodied mobile scavenger or predator
Hard-bodied mobile scavenger/predator
Hard-bodied mobile scavenger/predator
Hard-bodied mobile scavenger/predator
Hard-bodied mobile scavenger/predator

Jointed legged, mobile scavenger or predator
Jointed legged, mobile scavenger or predator
Jointed legged, mobile scavenger or predator

Example taxa

Brachiopods, some bryozoans
Demosponges, glass sponges

Basket stars, valviferan isopods, some polychaetes
Some brittle stars, crinoids

Sea cucumbers

Some polychaetes

Echiurans, sipunculans, some polychaetes
Bivalves, irregular sea urchins

Regular sea urchins, limpets

Alcyonacea (soft corals)

Sea pens, anemones, hydroids

Cup corals, whip corals, hydrocorals
Some polychaetes, priapulids, nemerteans
Octopus, nudibranchs

Some brittlestars

Sea stars

Gastropods

Isopods

Amphipods

Other peracarida

Pycnogonids, decapods

Descriptions adapted from Barnes and Sands (2017) with trait categorisation based on assessment in Hogg et al. (2018).
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Species Model
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246
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122
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17
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260
2000
31
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105
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88
17
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Projected decreases between 25 and 75% are shown in pale blue, decreases
greater than 75% are shaded in dark blue. Projected increases between 25 and
75% are shaded in pink, increases greater than 75% in orange, and increases
greater than 500% in red.
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Species Model RCP4.5% RCP45% RCP85% RCP85 %

change change change change
2050 2080 2050 2080
Albacore Maxent 36 60 73 30
GAM 236 385 3589 397
GLM 2 14 11 25
GBM 348 392 383 305
Random 1852 2235 2128 1390
Forest
Bigeye Maxent 100 144 173 135
GAM 904 1929 %85 2188
GLM 4 10 8 15
GBM 1838 2826 2760 2480
Random 618 807 738 656
Forest
Skipjack Maxent 139 197 237 15
tuna GAM 1288 4056 3315 4797
GLM 3 9 8 16
GBM 1768 5482 4580 4632
Random 9198 11606 10161 9889
Forest
Yellowfin Maxent 73 102 124 94
tuna GAM 252 i 305 325
GLM 9 12 11 14
GBM 139 152 151 144
Random 607 493 470 377
Forest

Projected decreases between 25 and 75% are shown in pale blue, decreases
greater than 75% are shaded in dark blue. Projected increases between 25 and
75% are shaded in pink, increases greater than 75% in dark brown, and increases
greater than 500% in red. Southern bluefin tuna are not included here because the
suitability is so low.
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South Sandwich lIs.

Total Species 883

Island Only 58.2% (514)
All Scotia Species 16.2% (143)
SSI-SG Shared 16.7% (147)
SSI-SOI Shared 8.9% (79)

SG-S0I Shared -

South Georgia

1,631
69.3% (1,130)
8.8% (143)
9.0% (147)

12.9% (211)

South Orkney lIs.

855
49.4% (422)
16.7% (143)

9.2% (79)
24.7% (211)

“Island Only” species are recorded from just the island in question; "All Scotia
Species” were recorded as cosmopolitan across the Scotia Arc. Numbers in
brackets indicate actual counts of species in each category.
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Species Model RCP4.5% RCP45% RCP85% RCP85 %

change change change change
2050 2080 2050 2080
Albacore Maxent 21 31 22 54
GAM 8 0 11 4
GLM 41 Bil 65 116
GBM 62 70 94 169
Random 165 184 308 519
Forest
Bigeye Maxent 16 26 20 49
GAM 11 8 21 3t
GLM 37 45 57 98
GBM 89 109 189 B27
Random 1138 114 7S 451
Forest
Southern Maxent 1 1 2 -2
bluefin tuna GAM 18 _925 _21 —&
GLM 3 3 3 2
GBM -3 -5 -5 —25
Random —36 —44 —39 —52
Forest
Skipjack Maxent 5 5 b 4
tuna GAM —24 —41 -39 —55
GLM 31 47 38 80
GBM iila 158 126 263
Random 250 297 287 828
Forest
Yellowfin Maxent 19 29 25 &5
tuna GAM 29 40 61 189
GLM 91 127 180 494
GBM 79 106 128 269
Random 356 433 785 3267
Forest

Projected decreases between 25 and 75% are shown in pale blue, decreases
greater than 75% are shaded in dark blue. Projected increases between 25 and
75% are shaded in pink, increases greater than 75% in orange, and increases
greater than 500% in red.
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Friedlander et al. (2014)

Pavement (4) B —
Rock/Boulder (19) _—
Aggregate Reef (2) —_

Pavement with Sand Channels (1) ~————

Current study

Sand and low relief rock with patches of macroalgae

High relef rock with occasional stony corals and hydrocorals (Fire coral)

Low and medium relief rock dominated by macroalgae
Rock with high densities of stony corals and hydrocorals (Fire coral)
Clean wave-swept sands

Duffy et al. (2021)

18
Rock (12)

Agae (14)
Coral (6)
Sand (5)

The habitats identified in this study were transformed into the habitats used in the historical studies for comparison. The numbers in brackets indicate the number of

stations in each habitat class for that study.
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Multivariate cluster Number of transects
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Outliers 4

mo o w >

Seabed habitat description

High relief rock with occasional stony corals and hydrocorals (Fire coral)
Rock with high densities of stony corals and hydrocorals (Fire corals)
Low and medium relief rock dominated by macroalgae

Sand and low relief rock with patches of macroalgae

Clean wave-swept sand

Other

Short habitat description

High relief rock

Rock and coral
Macroalgae covered rock
Sand and rock

Sand

Other

Outliers were removed from subsequent habitat mapping analysis.
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% Cover scale Growth form Size of individuals/colonies Density scale
Crust/meadow Massive/turf <1cm 1-3cm 3-15¢cm >15cm

>80 S S >1 per 0.001 m? >10,000 per m?
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20-39 © A C A S 1-9 per 0.01 m? 100-999 per m?
10-19 F € F & A S 1-9 per 0.1 m? 10-99 per m?
5-9 0 F 0 F 105 A 1-9 per m?
1-5 or density R O R O F C 1-9 per 10 m?
<1 or density R R 0 F 1-9 per 100 m?
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Type Description

Coordinated fishing Vessels that had fished together during current
trip

Vessel company Vessels part of a group owned by the same
owner

Crew ties Crew members recorded on different vessels
(typically captain of the vessel)

Coordinated supplies Vessels that had swapped supplies during

current trip

lllustrative evidence

During boarding of the vessel, crew explained they had been fishing
with another (named) vessel

Owner name and address taken during investigation matches or owner
name and address taken from the Indian Ocean Tuna Commission
(IOTC) record of active vessels matches

Captain name and date of birth (taken during investigation) matches
another vessel record

During boarding of the vessel, crew explained they had swapped
supplies with another (named vessel)

Categories were defined based upon information within enforcement data.
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Variable GLM GAM GBM RF Maxent
contribution

Albacore depth 0.356 0.339 0.260 0.342 0.231

tuna sss 0447 0484 0659 0516 0.390
sst 0147 0193 0071 0250 0.378
Bigeye tuna  depth 0177 0.175 0.071 0.239 0.075
sss 0744 0632 0855  0.596 0.233
sst 0073 0286 0206  0.493 0.692
Southern depth 0183 0200 0195 0516 0.130
bluefintuna  ggg 0 0190 0321 0477 0.044
sst 0913 0796 0692 0507 0.826
Yellowfin depth 0412 0263 0298 0427 0.081
tuna sss 0477 0485 0464  0.506 0.127
sst 0572 0603 0555 0577 0.792
Skipjack depth 0351 0115 0120 0272 0.098
tuna S8 0579 0732 0674 0.627 0.180
sst 0062 0221 0243 0504 0.722
sst 0 0259 0266  0.203 0.253

NB For GLM, GAM, GBM, and RF, the results are 1 minus the mean correlation for
each variable, and therefore do not sum to one. For the Maxent outputs, the result
is the relative variable contribution.

sSs, sea surface salinity; sst, sea surface temperature.
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