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Low-temperature biohydrometallurgy is implicated in metal recovery in alpine mining areas, but bioleaching using microbial consortia at temperatures <10°C was scarcely discussed. To this end, a mixed culture was used for chalcopyrite bioleaching at 6°C. The mixed culture resulted in a higher copper leaching rate than the pure culture of Acidithiobacillus ferrivorans strain YL15. High-throughput sequencing technology showed that Acidithiobacillus spp. and Sulfobacillus spp. were the mixed culture’s major lineages. Cyclic voltammograms, potentiodynamic polarization and electrochemical impedance spectroscopy unveiled that the mixed culture enhanced the dissolution reactions, decreased the corrosion potential and increased the corrosion current, and lowered the charge transfer resistance and passivation layer impedance of the chalcopyrite electrode compared with the pure culture. This study revealed the mechanisms via which the mixed culture promoted the chalcopyrite bioleaching.
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INTRODUCTION

Bioleaching as a low-cost biotechnology offers an alternative to traditional pyrometallurgical methods to extract valuable metals from sulfide minerals (Hedrich et al., 2016; Banerjee et al., 2017; Pathak et al., 2017; Hu et al., 2020; Srichandan et al., 2020). Studies on bioleaching have been extensively performed using mesophilic, moderately thermophilic and extremely thermophilic acidophiles (Gu et al., 2013; Acosta et al., 2014; Li et al., 2018; Ai et al., 2019). On the contrary, bioleaching at low temperatures was only discussed in limited documents. Microbial oxidation of sulfide minerals could occur at relatively low temperatures (Ahonen and Tuovinen, 1991, 1992; Elberling et al., 2000). It was observed that the microbially mediated dissolution of sulfide minerals could reach 30% of the maximal value at 21°C (Langdahl and Ingvorsen, 1997). Acidithiobacillus ferrivorans is a well-known cold-adapted acidophile that can use iron and sulfur as a sole energy source (Kupka et al., 2007, 2009; Hallberg et al., 2010). Studies using At. ferrivorans in bioleaching of sulfide minerals at low temperatures have been performed. The leaching rate of chalcopyrite at 4°C using At. ferrivorans was higher than using the mesophilic At. ferrooxidans (Dopson et al., 2007). It was found that S0 formed during chalcopyrite bioleaching and the content of S0 increased until dissolution ceased, suggesting S0 passivation (Liljeqvist et al., 2013; Zeng et al., 2020).

One of the topics of interest is using mixed cultures in the bioleaching of sulfide minerals. It has been shown that using mixed cultures resulted in a higher metal extraction rate than using pure cultures (Akcil et al., 2007; Liu et al., 2011; Panda et al., 2015). On mesophilic and/or moderate thermophilic conditions, Acidithiobacillus spp., Leptospirillum spp., Sulfobacillus spp., and Ferroplasma spp. were frequently detected in mixed cultures (Panda et al., 2013; Donati et al., 2016; Ma et al., 2018). These microorganisms played different roles (e.g., iron or sulfur oxidation, utilization of inorganic or organic substances) in a leaching system (Latorre et al., 2016). Meanwhile, they interacted with each other. For instance, L. ferriphilum enhanced the adhesion of Sb. thermosulfidooxidans to pyrite (Li et al., 2020). On the contrary, bioleaching using mixed cultures at low temperatures was scarcely studied. Liljeqvist et al. (2013) used a T7 mixed culture and a pure culture of At. ferrivorans strain SS3 in chalcopyrite bioleaching at 6°C. Bacterial community analysis revealed that At. ferrivorans dominated the T7 mixed culture (Dopson et al., 2007). Halinen et al. (2009) found that during bioleaching of a low-grade, multi-metal black schist at 7°C, some Acidithiobacillus spp. were present in the initial stage; after 500 days, At. ferrooxidans, Ferromicrobium acidophilum-like species and a gram-positive bacterium were detected.

Bioleaching of sulfide minerals is an electrochemical process in essence, which oxidized metal sulfide to Fe(III), sulfur and sulfate as well as other inorganic sulfur compounds, involving the transfer of electrons. Due to the difficulties in determining the intermediate products, the chemical processes of bioleaching are often hard to describe. Electrochemical approaches can convert the change of chemical substances to electrochemical signals, which can be captured by specific electrochemical equipments. Therefore, electrochemical methods have been commonly applied to investigate the dissolution processes of sulfide minerals. Arena et al. (2016) used electrochemical impedance spectroscopy (EIS) to study chalcopyrite leaching, and found that the addition of bacteria reduced the charge transfer reaction resistance. Zhao et al. (2015) compared the cyclic voltammograms (CV) of chalcopyrite and bornite electrodes. It was found that the anodic and cathodic peaks of the two mineral electrodes appeared in close positions, suggesting that similar oxidation and reduction reactions occurred during the dissolution of these two types of minerals.

Low-temperature bioleaching is critical in the recovery of valuable metals from sulfide minerals in alpine regions. Using microbial consortia instead of pure cultures can be a feasible approach to promote the leaching rate at low temperatures. To this end, chalcopyrite bioleaching by a mixed culture was performed in the present work. CV measurement, potentiodynamic polarization and EIS were used to characterize the dissolution processes and electrochemical behaviors of chalcopyrite. The study would provide insights into the chalcopyrite bioleaching mechanisms by mixed cultures at low temperatures.



MATERIALS AND METHODS


Mineral

Chalcopyrite sample was obtained from Guangzhou in Guangdong province of China. XRD analysis showed that the sample contained 97.83% chalcopyrite and 2.17% quartz. The sample consisted of 33.1% copper, 28.7% iron, and 35.4% sulfur. Sample was ground and sieved to obtain fractional sizes ≤75 μm and sterilized by UV irradiation for 24 h in an aseptic room.



Cultures

The microbial consortium used in the present study was enriched from the acid mine drainage of Yulong copper mine. Water samples were collected from five different sites in Yulong copper mine (an acidic mine drainage pond, an acidic tailing pool, two tailing dumps, and an effusion pool). All samples were combined and then cultivated in iron-free 9K medium (Peng et al., 2019) using chalcopyrite (at a pulp density of 3%) as a sole energy source at 6°C. After 4 months, apparent bacterial growth was observed and this was designated as the mixed culture. The obtained mixed culture was subcultured every 2 months and used as a seed in our lab for chalcopyrite bioleaching at low temperatures. At. ferrivorans strain YL15 was isolated from the acid mine drainage pond (Peng et al., 2017). The strain was routinely cultivated in iron-free 9K medium with chalcopyrite as a sole energy source at 6°C.



Bioleaching Experiments

Bioleaching of chalcopyrite was conducted in 500 mL shake flasks. Chalcopyrite at a pulp density of 3% and iron-free 9K medium (250 mL) were added to each flask. The mixed culture or the pure culture of the strain YL15 was centrifuged at 10,000 × g for 10 min at 4°C to harvest cells. The collected cells were washed using aseptic acidified water (pH2.0) for twice and then resuspended with 10 mL 9K medium. Bioleaching using the cells of the mixed culture (designated as group MHJ) and the strain YL15 was, respectively, performed. The initial cell density was approximately 2 × 107 cells/mL. The flasks were operated at 160 rpm and 6°C. An abiotic control was also conducted. Thymol in ethanol (2%, v/v) was added to the abiotic control to inhibit bacterial contamination. All the bioleaching experiments were carried out in triplicate.

Samples were withdrawn from flasks at regular intervals to determine the oxidation reduction potential (ORP), pH, cell density and metal ions concentrations. Every time 1.5 ml of the leaching solution was withdrawn to a sterile tube. The solution was centrifuged at 2,000 × g to let the ore residue settle down. The supernatant was withdrawn for the determination of various parameters. An equal volume of iron-free 9K medium was added to the tube, resuspend the ore residue, and returned to the leaching solution. Concentrations of iron and copper were measured using the method as described previously (Peng et al., 2019). Cells were counted using a blood cell counting chamber under a CX31 optical microscope (Olympus, Tokyo, Japan). The pH value was measured with pHS-3E acid meter (LEICI, Shanghai, China) and ORP (Ag/AgCl) value was assayed against a platinum electrode. XRD analysis of ore residue was performed according to a previous study (Peng et al., 2019).



Sequencing of Prokaryotic 16S rRNA Gene Sequences

Bioleaching samples of the group MHJ were withdrawn at different time points. Sessile cells were detached from the mineral surface by vigorous vortex for 10 min in the presence of 1 gram of glass beads. The obtained samples contained both free and detached cells and were centrifuged at 2,500 × g for 5 min to remove the ore residues. The obtained supernatants were centrifuged at 10,000 × g, 4°C for 10 min to collect the total cells. Genomic DNA was extracted as previously described (Wu et al., 2019). The integrity of DNA was checked on an agarose gel by ethidium bromide staining. The concentration of DNA was measured using a ND-1000 spectrophotometer (NanoDrop Technologies, Wilmington, DE, United States).

Detailed procedures for amplification and sequencing of prokaryotic V4 hypervariable region of 16S rRNA gene have been described in a previous document (Xiao et al., 2015). Briefly, sequences of the V4 region of the prokaryotic 16S rRNA gene were amplified using the universal primers 515F and 806R (Rinke et al., 2014) linked with barcodes, adapter, a pad and a linker of two bases. The purified PCR products were employed for library construction. The MiSeq 500 kit was used for sequencing (2 × 250 bp paired-ends) on the MiSeq sequencing platform (Illumina, San Diego, CA, United States).

Raw sequences were split into samples based on their barcodes. The raw sequencing data were deposited at Sequence Read Archive under the accession number SRP133342. After sequence trimming, reads assembly and chimeras sequences checking, operational taxonomic unit (OTU) clustering was performed using UPARSE at a 97% similarity level. After that, the taxonomic affiliation of each sequence was analyzed using RDP Classifier against the SILVA 16S rRNA database at a 70% threshold (Leng et al., 2016).



Electrochemical Experiments

Chalcopyrite electrode was prepared by cutting the chalcopyrite sample into an approximately cubic shape. All the electrochemical experiments were performed using 50 mL iron-free 9K medium as the electrolyte and a three-electrode system in the absence of bacteria or in the presence of the mixed culture or the pure culture of strain YL15. The three-electrode system contained a chalcopyrite electrode (working electrode, effective working area ∼1 cm2), a graphite electrode (counter electrode), and a Ag/AgCl electrode (reference electrode). The chalcopyrite electrode was embedded in a special electrode sleeve and polished using 3,000 mesh emery cloth before the tests. Three uniform chalcopyrite electrodes were, respectively, immersed in the leaching solutions of different groups and then withdrawn at day 20 for the electrochemical tests. Electrochemical measurements were performed at 6°C using a VersaSTAT platform equipped with Model273A potentiostat/galvanostat (EG&G Princeton Applied Research, Oak Ridge, TN, United States) controlled by the Power-Suite program. CV tests were performed at a scan rate of 20 mV/s. The scan range of CV was -800 to +800 mV (vs. open circuit potential, OCP). For potentiodynamic polarization tests, the electrode potential varied from -250 to +600 mV (vs. OCP) at a sweep rate of 2 mV/s. EIS tests were carried out in a frequency range of 10–1–10–5 Hz. EIS data were fitted using the Zview software (version 2.0). All potential values in the present work were against the Ag/AgCl reference electrode.




RESULTS


Bioleaching Experiments

The mixed culture (group MHJ) and the pure culture of At. ferrivorans strain YL15 obtained in our lab were used for bioleaching of chalcopyrite at 6°C. The bacterial growth during bioleaching is shown in Figure 1A. The bacterial cells of the group MHJ entered the logarithmic phase on day 12, and on day 16 for YL15. The highest cell densities of MHJ and YL15 were 2.2 × 108 and 1.9 × 108 cells/mL, respectively. The variation of pH during bioleaching is shown in Figure 1B. During the early phase, 9.2 M H2SO4 was added to the leaching solution to maintain the pH at ∼2.5. The pH value in the group MHJ began to decrease on day 12 and achieved ∼2.0 on day 24. The trend of pH during bioleaching by the strain YL15 was similar to the group MHJ, but the process was postponed, and the value was higher than in the group MHJ (decreased to ∼2.1).
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FIGURE 1. Variations of (A) cell density and (B) pH during chalcopyrite bioleaching at 6°C. MHJ, bioleaching by the mixed culture. H2SO4 (9.2 M) was added to the leaching solution to maintain the pH at ∼2.5 from day 4 to 16 for the bioleaching systems, and from day 4 to 20 for the abiotic control. For each bioleaching system, a total of 418 μl of 9.2 M H2SO4 per 250 ml culture was added. For the abiotic control, a total of 455 μl of 9.2 M H2SO4 per 250 ml culture was added.


The variation of the ORP value is shown in Figure 2A. The ORP value was low in the early stage, but after that, it rocketed up to ∼600 mV in both groups. The value of ORP is mainly controlled by the ratio of Fe(III) to Fe(II). Variations of Fe(III) and Fe(II) concentrations are shown in Figure 2B. The ratio of Fe(III) to Fe(II) was low in the early stage. After that, as microbial oxidation of ferrous iron accelerated, the concentration of Fe(III) increased, accompanied by a decrease in the concentration of Fe(II). This was in accordance with the low ORP value in the early stage and its rapid rise after that (Figure 2A). The ore residues were analyzed using XRD. The results showed that all the ore residues contained only chalcopyrite and quartz, and no iron precipitate such as jarosite was detected. Variation of copper concentration is shown in Figure 3. The copper concentration in the presence of bacteria was higher than that in the abiotic control (Figure 3), suggesting that microorganisms greatly enhanced the dissolution of chalcopyrite. The copper concentration increased significantly after day 12 and reached the highest value on day 44 (11.2%) in MHJ and on day 48 (10.3%) in the YL15-mediated leaching system, respectively. Recently, bioleaching of another chalcopyrite sample using the strain YL15 at 6°C was performed, and the highest copper leaching rate achieved was 19.3% (on day 80) (Zeng et al., 2020). It suggested that the difference in the mineral sample might result in significant contrast in the highest leaching rate and the leaching course. The results of the present study suggested that the mixed culture was more efficient in chalcopyrite bioleaching than the pure culture. Previously, a T7 mixed culture was used to leach a chalcopyrite concentrate, and 16% of the copper was recovered in a 62-day course (Liljeqvist et al., 2013). However, the T7 mixed culture had comparable leaching performance to the At. ferrivorans strain SS3. This might be due to that the T7 mixed culture was dominated by At. ferrivorans, while the relative abundance of other species was very low (Dopson et al., 2007).
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FIGURE 2. Variations of (A) ORP and (B) ferric and ferrous iron concentrations during chalcopyrite bioleaching.
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FIGURE 3. Variation of copper concentration during chalcopyrite bioleaching.




Microbial Community Dynamics of the Group MHJ

The microbial community of the group MHJ was monitored using high-throughput sequencing of the 16S rRNA gene. Samples were withdrawn on days 20, 30, and 50 (designated as MHJ1, MHJ2, and MHJ3). A total of 673,782 pair-end reads were obtained. Rarefaction curves of all samples based on sequencing reads and number of OTUs reached plateaus, indicating that the sequencing depth was appropriate for estimating the microbial diversity.

At the phylum level, Proteobacteria was the dominant lineage, which accounted for 81.5–94.9% of the total biomass, followed by Firmicutes (5.04–18.39%). Other phyla were also detected, e.g., Cyanobacteria, Thaumarchaeota and Bacteroidetes, but they were at extremely low level (<1%) (Figure 4A). Down to the genus level, a total of 27, 35, and 31 OTUs were detected for MHJ1, MHJ2, and MHJ3, respectively, and 20 OTUs were shared by all samples. Acidithiobacillus dominated the microbial communities, accounted for 94.8, 87.0, and 81.1% in MHJ1, MHJ2, and MHJ3, respectively. Sequences of Sulfobacillus (affiliated to Firmicutes) were detected at a considerable level and increased from 5.04% on day 20 to ∼10% on day 50.
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FIGURE 4. Heatmap of microbial communities of MHJ at (A) phylum and (B) genus levels. MHJ1_1, MHJ1_2 and MHJ1_3, MHJ2_1, MHJ2_2 and MHJ2_3, MHJ3_1, MHJ3_2 and MHJ3_3 were the triplicates of samples MHJ1, MHJ2, and MHJ3, respectively.


To find out the affiliations of these two lineages, the 16S rRNA gene of sample MHJ3 was amplified using primers 27F and 1492R. The products were transformed to E. coli DH5α to build a clone library as described in a previous document (Liu et al., 2010). Five clones were randomly selected, and only 2 OTUs were detected, one of which was 100% identical to the 16S rRNA gene sequence of strain YL15 (accession number: KY352776.2) and the other one had a 98% identity to an undescribed Sulfobacillus sp. The results implied that the Acidithiobacillus spp. should be At. ferrivorans. The content of Acidithiobacillus decreased and the relative abundance of Sulfobacillus increased as bioleaching continued. This may be due to that the accumulation of organic substances was beneficial to the growth of Sulfobacillus (Johnson et al., 2008) or that the gram-positive Sulfobacillus might be more resistant to the adverse environment in the late phase than the gram-negative At. ferrivorans (e.g., accumulation of heavy metal ions). Sulfobacillus is commonly considered as a moderate thermophile, although some species can grow at temperatures <20°C (Melamud et al., 2003). Furthermore, it was documented that a mixed culture was enriched at 5°C with ferrous sulfate as a sole energy and sequences close to Sb. montserratensis were detected at an abundance >10% (Escobar et al., 2010). These results indicated that there might be novel Sulfobacillus species existing in the low-temperature bioleaching culture.

There were also other genera in the mixed culture, for instance, Stenotrophomonas spp., Pseudomonas spp. and Castellanilla spp., but they were of extremely low abundance (<0.5%) (Figure 4B). These species have been identified in either bioleaching systems or other acidic metal-containing environments. For instance, Castellanilla was the dominant lineage in an ethanol-stimulated acidic nitrate- and uranium-contaminated aquifer (Spain et al., 2007). In the low-grade copper sulfide bioleaching systems containing acid-processed rice straw (ARW), Stenotrophomonas accounted for >50% of the microbial community (Yin et al., 2019). Pseudomonas was detected in the bioleaching residues from a column bioreactor (Hao et al., 2016). These microorganisms can utilize organic substances as the energy source, and species like Pseudomonas could also secret organic acids such as citric acid, oxalic acid and succinic acid to enhance the dissolution of sulfide minerals (Hao et al., 2016).

Previous work has emphasized the importance of interactions between physiologically distinct acidophilic microorganisms (e.g., autotrophs and heterotrophs) in enhancing sulfide minerals dissolution (Okibe and Johnson, 2004). The existence of heterotrophs (such as Sulfobacillus, Stenotrophomonas, and Pseudomonas) could alleviate the inhibition of organic substances to the autotrophic At. ferrivorans and maintained the robustness of the microbial community (Johnson, 2008). In addition, Sulfobacillus can use inorganic sulfur compounds as a sole energy. Sulfur oxidation activity is essential in a bioleaching system. Firstly, it offers a low-pH condition for the dissolution of sulfide minerals. Secondly, elemental sulfur formed during the leaching process and precipitated on the mineral surface and had passivating effects on chalcopyrite bioleaching (Liljeqvist et al., 2013). Sulfur oxidation activity of the mixed culture was tested at an initial pH of 2.5. The sulfate concentration was measured using the barium sulfate turbidimetry (Liu et al., 2013). It was shown that the mixed culture had a higher sulfur-oxidation activity than the pure culture of strain YL15 (Supplementary Figure 1). Therefore, Sulfobacillus might help to reduce the passivating effect of sulfur during chalcopyrite leaching.



Electrochemical Tests


CV Studies

The cyclic voltammetry curves of chalcopyrite at 6°C are shown in Figure 5. The cyclic voltammetry curves of the three groups were similar. There were four anodic peaks (A1, A2, A3, and A4) and two cathodic peaks (C1 and C2). Peak A3 was a common anodic peak of chalcopyrite electrochemical behavior, which was mentioned as the “leading peak.” As shown in Eqs. 1, 2, there was a selective release of iron from the chalcopyrite crystal lattice and formation of intermediate nonstoichiometric chalcopyrite [Cu1–xFe1–yS2–z (y > x)] and covellite (Gómez et al., 1996; Zeng et al., 2011; Gu et al., 2013).
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FIGURE 5. Cyclic voltammograms of chalcopyrite electrodes in different systems.


At more positive potential, peak A4 was a typical oxidation peak of chalcopyrite dissolution. It could be attributed to the oxidation of ferrous iron (López-Juárez et al., 2006) (Eq. 3).
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In the reverse potential scanning, there was a peak C1 at ∼−370 mV. It has been documented that this peak was involved in the reduction of covellite and chalcopyrite (Biegler and Horne, 1985; Arce and González, 2002) (Eqs. 4, 5):
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Peak C2 occurred at potential <−600 mV. According to Velásquez et al. (2001), this peak could be attributed to the reduction of chalcocite (Eq. 6):
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During the later reverse scanning, a weak peak A1 occurred. The peak was not frequently reported during the dissolution of chalcopyrite. It might be responsible for the oxidation of copper (Eq. 7) or chalcocite (Zeng et al., 2013) (Eq. 8).
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At more positive potential, there was a Peak A2 at 270–320 mV. It was reported that this peak might be involved in the oxidation of CuxS (1 < x < 2) species such as djurleite and geerite (Arce and González, 2002) (Eqs. 9, 10), which are the intermediate products of many copper sulfides.
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It can be seen from Figure 5 that the dissolution process of chalcopyrite with or without bacteria or in the presence of pure or mixed culture were similar. However, in the presence of bacteria, the current intensities of all the anodic and cathodic peaks were higher than the abiotic control, especially for the peaks A4, C1, and C2. It indicated that the addition of bacteria is beneficial to the dissolution of chalcopyrite. Moreover, the intensities of the anodic peaks A2, A3, and A4, and cathodic peaks C1 and C2 in the presence of the mixed culture were higher than those in the presence of pure culture. The enhancement of these peaks implied that the mixed culture increased the dissolution reaction rates of chalcopyrite compared with the pure culture of strain YL15. A further comparison revealed peak shifts on the CV spectra. The peak A4 of the abiotic control was located at ∼715 mV, but shifted to ∼700 mV of the pure-culture group, and ∼675 mV of the mixed-culture group; The peak A2 shifted from ∼315 mV (YL15) to ∼275 mV (MHJ); The peak A3 of the pure-culture group occurred at ∼445 mV, and showed a shift to ∼420 mV of the mixed-culture group. These demonstrated that the dissolution reactions occurred more easily in the presence of bacteria, especially the mixed culture.



Potentiodynamic Polarization Studies

Results of potentiodynamic polarization tests in the absence of bacteria or in the presence of At. ferrivorans YL15/mixed culture at 6°C are shown in Figure 6 and Table 1. While the Icorr values of groups inoculated with bacteria increased compared with the abiotic control, their Ecorr values decreased. The results suggested that the corrosion rates increased after adding bacteria. This was consistent with the results of leaching rates in different groups (Figure 3), and it further demonstrated that bacteria could enhance the dissolution of chalcopyrite. The mixed culture had advantages over the pure culture of strain YL15. The Ecorr value of the group inoculated with the strain YL15 was 121.4 mV, but decreased to 116.3 mV of the group inoculated with the mixed culture. The Icorr value increased from 1.49 μA/cm2 of the pure-culture group to 1.62 μA/cm2 of the mixed-culture group. This implied that the mixed culture promoted the transfer of electrons, thus accelerated the corrosion of chalcopyrite.
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FIGURE 6. Tafel curves of chalcopyrite electrodes in different systems.



TABLE 1. Tafel parameters of chalcopyrite electrodes in different systems.
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EIS Studies

The results of EIS in different systems are shown in Figure 7. The shapes of different EIS spectra were similar, so the addition of bacteria did not change the control steps of chalcopyrite dissolution. Each group showed an arc in the high-frequency region. This arc should be assigned to the resistance encountered during charge transfer. There was another arc in the low-frequency region, and this arc could be attributed to the impedance caused by passivation. The EIS data were fitted to an analog circuit with a linear combination of resistors and capacitors. The equivalent circuit of the impedance data in the present study should be RS(R1CPE1) (R2CPE2), where RS was the solution resistance, R1 was the charge exchange impedance, and R2 represented the impedance derived from the passivation layer. The constant phase elements CPE1 and CPE2 were connected with the capacitance of the electrode interface (Zeng et al., 2020).
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FIGURE 7. Results of EIS. (A) EIS curves of chalcopyrite electrodes in different systems. (B) Simulated circuit RS(R1CPE1) (R2CPE2).


The detailed information on the fitting results using the analog circuit RS(R1CPE1) (R2CPE2) is shown in Table 2. The total impedance of different tests was MHJ < YL15 < abiotic control, which suggested that microorganisms decreased the impedance during chalcopyrite dissolution. Among the three types of impedances, R1 accounted for more than 50% of the total resistance, followed by R2 (took up 14–34% of the total resistance). This implied that the chalcopyrite dissolution process was mainly controlled by the charge transfer.


TABLE 2. Fitting results using the analog circuit RS(R1CPE1) (R2CPE2) of the chalcopyrite electrodes.
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As shown in Table 2, the solution resistance in different tests was constant, whereas the charge exchange resistance and passivation layer impedance varied a lot among different groups. The charge exchange resistance of the abiotic control was 606.6 Ω, but decreased to 486.3 Ω in the presence of the strain YL15, and 227.4 Ω in the presence of the mixed culture. The passivation layer impedance exhibited a different trend. The impedance of the abiotic control was lower than the other two groups. This was due to that chalcopyrite in the abiotic control was least leached, and relatively low content of passivation substance was produced. Compared with the group inoculated with strain YL15, the R2 value of the group MHJ decreased, indicating less passivation on the mineral surface. S0 passivation during chalcopyrite bioleaching at low temperature has been shown (Liljeqvist et al., 2013). The mixed culture could promote the sulfur-oxidation activity (Supplementary Figure 1), and thus it might help reduce the passivation caused by elemental sulfur. Although iron precipitates such as jarosite may not passivate the mineral surface (Peng et al., 2019), the attenuation of the passivation in the group MHJ might also be due to the continued dissolution of copper sulfide intermediates. Taken together, the results of EIS demonstrated that the addition of bacteria, especially the mixed culture, could decrease the impedance of the leaching system and thus accelerated the dissolution of chalcopyrite.





CONCLUSION

A mixed culture was used in chalcopyrite bioleaching at low temperature. The mixed culture was dominated by Acidithiobacillus spp. and Sulfobacillus spp., and it showed a greater leaching efficiency than the pure culture of the At. ferrivorans strain YL15. Electrochemical studies revealed that the mixed culture enhanced the dissolution reactions, decreased the corrosion potential while increasing the corrosion current, and reduced the impedance of the chalcopyrite electrode compared with the pure culture. This study provided insights into the mechanisms through which the mixed culture enhanced the chalcopyrite bioleaching.
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Heavy metal pollution that results from electronic waste (e-waste) recycling activities has severe ecological environmental toxicity impacts on recycling areas. The distribution of heavy metals and the impact on the bacteria in these areas have received much attention. However, the diversity and composition of the microbial communities and the characteristics of heavy metal resistance genes (HMRGs) in the river sediments after long-term e-waste contamination still remain unclear. In this study, eight river sediment samples along a river in a recycling area were studied for the heavy metal concentration and the microbial community composition. The microbial community consisted of 13 phyla including Firmicutes (ranging from 10.45 to 36.63%), Proteobacteria (11.76 to 32.59%), Actinobacteria (14.81 to 27.45%), and unclassified bacteria. The abundance of Firmicutes increased along with the level of contaminants, while Actinobacteria decreased. A canonical correspondence analysis (CCA) showed that the concentration of mercury was significantly correlated with the microbial community and species distribution, which agreed with an analysis of the potential ecological risk index. Moreover, manually curated HMRGs were established, and the HMRG analysis results according to Illumina high-throughput sequencing showed that the abundance of HMRGs was positively related to the level of contamination, demonstrating a variety of resistance mechanisms to adapt, accommodate, and live under heavy metal-contaminated conditions. These findings increase the understanding of the changes in microbial communities in e-waste recycling areas and extend our knowledge of the HMRGs involved in the recovery of the ecological environment.

Keywords: heavy metal resistance genes, e-waste cycling, sediment, heavy metals, microbial community


INTRODUCTION

Electronic waste (e-waste) recycling has been a global issue for more than 10 years. Although many related countries have strict restrictions on movements of e-waste and their disposal, illegal small e-waste recycling workshops have still developed and are densely distributed in some towns of developed countries due to the economic profits and the less stringent environmental regulations. These e-waste recycling activities have inevitably resulted in severe environmental pollution (Robinson, 2009; Song and Li, 2014), such as in the towns of Longtang and Guiyu in southern China, two of the most famous e-waste recycling sites in the world (Zhang W. et al., 2012; Liu et al., 2018; Wu et al., 2019). In these areas, the typical pollutants, including polychlorinated biphenyls (PCBs), polychlorinated dibenzo-p-dioxins, polybrominated diphenyl ethers (PBDEs), and especially heavy metals, are released into local aquatic and terrestrial ecosystems, inducing the overexpression of resistance genes through the change of microbial communities in soils or sediments (Luo et al., 2011; Chen S.J. et al., 2014). The river sediments in the e-waste recycling area appear to be the major sinks for these pollutants due to the runoff of the surface water after integrating the wastes (Wang et al., 2009), especially in southern China with annual rainfall of approximately 1,700 mm. The release of these pollutants from the sediments imposes a major threat to food security, ecosystems, and human health.

Heavy metals are ubiquitous and persistent in river sediments of e-waste recycling areas and greatly affect microbial communities (Rasmussen and Sørensen, 1998; Brandt et al., 2010; Zhang et al., 2019). These indigenous microbes are crucial to the biogeochemical cycling of nutrient elements and the functioning of aquatic and terrestrial ecosystems. Due to the sensitivity to heavy metals, the diversity and abundance of microorganisms change significantly in response to different types and concentrations of heavy metals (Liu et al., 2018; Li et al., 2020). Previous studies have shown that heavy metals can damage microbial metabolism and reduce enzyme activity, leading to a decrease the diversity of the microbial community (Wang et al., 2007; Sullivan et al., 2013; Chen J. et al., 2014). The sediment microbial community plays an important role in stabilizing ecosystem functions (Jones and Lennon, 2010). Thus, an alternation in microbial community diversity and structure due to heavy metals can indirectly affect aquatic ecological functions, which are a sensitive and comprehensive indicator of aquatic and sediment environmental quality (Jones and Lennon, 2010; Zhang K. et al., 2012; Adekunle et al., 2019). A thorough knowledge of the effects of heavy metal pollution on microbial community diversity and structure will help to obtain insight into the natural attenuation process of pollutants and ecological environment recovery.

In addition, the microbial community possesses a variety of resistance mechanisms to counteract heavy metal stress, possibly due to their different resistance genes and resistance systems (Nies, 2003; Li et al., 2017; Hemmat-Jou et al., 2020). This mechanism might be correlated with the antibiotic resistance that has a significant impact on microbial ecology and environmental health (Peltier et al., 2010; Zhao and Dang, 2011). Therefore, it is important to disclose the microbial resistance mechanisms to gain more insight into the microbial response during the long-term heavy metal stress sediments in e-waste recycling areas. Recently, Xie et al. (2011) developed a microarray to analyze the microbial functional diversity of acid mine drainage from copper mines that included an abundance of some heavy metal resistance genes (HMRGs). (Li et al. (2011b) used quantitative real time PCR to investigate the relationship between the nickel concentration and the resistance gene abundance in a sequencing batch reactor. However, the previous investigations were conducted based on a limited selected subset of HMRGs that used specific primers or probes, making it impossible for a comprehensive characterization of the microbial community structure.

Previous studies have confirmed that high-throughput sequencing is a useful tool to analyze comprehensive microbial function and structure in various environments (Pachter, 2007; Zheng et al., 2019; Hemmat-Jou et al., 2020). By annotating millions of sequencing reads against a corresponding database, various antibiotic resistance genes have been identified from the environmental metagenome of activated sludge, contaminated rivers, and mine soils (Li et al., 2011b; Zhang et al., 2011; Hemmat-Jou et al., 2020). There does not exist a specialized HMRG database, which makes it nearly impossible to explore the occurrence of HMRGs in environmental metagenomes using high-throughput sequencing. Therefore, it is necessary to develop an advanced method to comprehensively overview the HMRGs residing in environmental microorganisms in river sediments of e-waste recycling areas. This is necessary to compare the microbial diversity of different samples along environmental gradients, and to evaluate the unique dominant bacterial populations in these special environments. In this study, a manually curated HMRG database is established that can identify HMRGs by retrieving the annotated sequences and related information from a public comprehensive database. Then, sediment samples are collected at different locations from a heavy metal-contaminated river in an e-waste recycling area, and the microbial communities of the sediments are described using 454 pyrosequencing. Subsequently, Illumina high-throughput sequencing is applied to determine the diversity and abundance of the HMRGs in the sediment metagenomes. This study is an effort to focus on HMRGs using a metagenomic approach, which might be technologically helpful for comprehensive characterization of microbial heavy metal resistance in an environment and the relationship between HMRGs and heavy metal contaminants.



MATERIALS AND METHODS


Sample Collection, DNA Extraction, and Determination of Heavy Metal Concentrations

Longtang town (23°32′–23°36′ N and 113°1′–113°3′ E) is located in Qingyuan city, Guangdong Province, southern China, which was once used for e-waste processing operations. Because of uncontrolled e-waste processes such as open burning and acid washing, the environment in this area, including air, water, soil, and sediment, has been seriously polluted by heavy metals (Li et al., 2011a; Wang et al., 2014). In 2012, eight sediment samples were collected from a polluted river in Longtang town along which most of the recycling operations take place (Figure 1 and Supplementary Table 1). The sediment samples were grasped at the depth of 10–15 cm below the surface of the river and kept in a mobile refrigerator at 4°C before being transferred to a laboratory.
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FIGURE 1. Map of sampling locations along the river at Longtang town, Guangdong Province, China. The longitude and latitude for all samples were shown in Supplementary Table 1.


Approximately 200 mg sediments were obtained by centrifugation to extract genomic DNA using the FastDNA Soil Kit (MP Biomedicals, OH, United States). The DNA concentration was determined by micro spectrophotometry (NanoDrop® ND-1000, DE, United States) and agarose gel electrophoresis (1%). The concentrations of the heavy metals, such as arsenic (As), cadmium (Cd), chromium (Cr), copper (Cu), lead (Pb), mercury (Hg), nickel (Ni), and Zinc (Zn), were measured by inductively coupled plasma-atomic emission spectrometry (Perkin Elmer Optima 3300DV, CA, United States) after acid digestion of approximately 200 mg of ground air dried sediment samples for 32 h using concentrated nitric acid and perchloric acid (1/4, v/v) (Jiang et al., 2017).



Assessment of the Heavy Metal Pollution

The potential ecological risk index (RI) was used to evaluate the pollution of heavy metals in the soils and sediments (Hakanson, 1980; Ma et al., 2020). RI is based on the concentration, toxicity, and background value of heavy metals, and is calculated as follows:

[image: image]

where Th, Ch, and Bh represent the standardized response coefficient for the toxicity, the measured concentrations, and the background values of heavy metals, h, respectively; Eh is the potential ecological index of the signal heavy metal, h; and the corresponding coefficients of As, Cd, Cr, Cu, Pb, Hg, Ni, and Zn are 10, 30, 2, 5, 5, 40, 5, and 1, respectively (Hakanson, 1980). The grading standards of the RI and Eh of the heavy metals are shown in Supplementary Table 2.



Database Construction

The diversity of sequences, types, and resistance mechanisms of the HMRGs made using the HMRG construction is a large effort- and very time-consuming. To analyze and validate the data, a database of the As, Cd, and Cu resistance genes was separately created by manually retrieving all the related sequences from the National Center for Biotechnology Information (NCBI) non-redundant protein databases using key words, such as “As resistance protein” or “arsenic tolerance protein.” In detail, if the feature “note” of the coding region was defined as a confirmed heavy metal resistance protein, the sequence would be added into the database as a member. Finally, vector sequences, synthetic constructs, and redundant genes were manually removed, and the filtered database resulted in 12,221 non-redundant amino acid sequences encoding resistance to As (324 sequences), Cd (2,089 sequences) and Cu (9,808 sequences).



Illumina High-Throughput Sequencing and 454 Pyrosequencing

The obtained genomic DNA was then submitted to the Illumina high-throughput sequencing (samples S1 and S7) and 454 pyrosequencing (samples S1–S8), which were performed using the Illumina Hiseq 2000 and FLX Titanium platform of Roche 454 from the Beijing Genome Institute (Shenzhen, China), respectively. The bacterial 16S rRNA gene (V3-V4 region, approximately 460 bp) was carried out with Illumina-specific fusion primers V3F and V4R (Claesson et al., 2009). PCR amplification was conducted with previous report (Huang et al., 2014). The 12-bp barcode with primers was used to assign individual sequences to samples. The 16S rRNA gene amplicons were submitted to an Agilent 2100 Bioanalyzer (Agilnet, United States) before using FLX Titanium platform of 454 pyrosequencing (Roche, United States). The GenBank accession numbers for the genomic datasets in NCBI are SRX825942 and SRX825518.



Detection of the HMRGs in the Sediments

In order to determine the heavy metal resistance in the sediment in detail, all high-quality sequences were compared against the established protein databases using BLASTx1 with an E-value cut-off at 10–5 (Zhang et al., 2011). A read was annotated as a heavy metal resistance gene according to its best BLAST hit if (1) the similarity was greater than 95% and (2) the alignment length was at least 25 amino acids.



Microbial Community Analysis

All the raw sequences generated by 454 pyrosequencing were first submitted to the Ribosomal Database Project (RDP) to determine the taxonomic classification of eight different samples using the specific barcodes and remove sequences shorter than 150 bps or that contained ambiguous “N” (Kristiansson et al., 2011). The obtained sequences were then subjected to denoising using the “pre.cluster” command and filtering out of the PCR chimeras using “chimera slayer” in the Mothur platform2 (Claesson et al., 2009; Huse et al., 2010; Roeselers et al., 2011). Reads that were regarded as the PCR chimeras were resubmitted to the RDP to confirm the accuracy, and sequences assigned to any known genus with 90% confidence were merged with the non-chimera reads to form the collection of effective sequences for each sample (Zhang T. et al., 2012). The non-bacterial sequences were automatically removed by using RDP Classifier and a self-written script. Finally, a single composite sample was normalized in equimolar amounts to produce same sequencing depth with 7,395 sequences from all samples. Phylogenetic classification of each sample was conducted by using RDP’s Classifier with a bootstrap cutoff of 50%, and the sequences were assigned to different taxonomic levels including phylum, class, order, family and genus (Zhang T. et al., 2012). Based on the operational taxonomic units (OTUs) generated by the RDP Classifier, the diversity indices of each sample including the Chao, ACE, Shannon and Simpson indexes were calculated using Mothur at a 3% distance. A heatmap based on the abundance of genera was also performed to explore the similar samples using R software and the Vegan package. A canonical correspondence analysis (CCA) was computed to determine the correlations between the heavy metal concentration and the microbial community structures.



RESULTS AND DISCUSSION


Contaminations of Heavy Metals in the River Sediments

In the study, eight typical heavy metals, including As, Cd, Cu, Cr, Hg, Ni, Pb, and Zn, were determined to study the heavy metal contamination. The concentrations of the various heavy metals in the different sediment samples are presented in Supplementary Table 3. Generally, the contents of all the heavy metals in the eight samples greatly exceeded the values of the Environmental Quality Standard (EQS) for soils regulated by the Environmental Protection Agency of China and the background values in China (Supplementary Table 3). Cu had the highest concentration in all sediment samples, ranging from 4431.04 to 101128.50 μg/g, followed by Zn and Pb. Compared with the EQS values, Cu concentrations exceeded at least 224 and 5,013 times at sampling sites S8 and S1, respectively. The highest concentration of Cu was consistent with the primary business of Cu recovery in this e-waste recycling area (Zhang K. et al., 2012). Contamination with Cd, Hg, Pb, and Zn was also serious, with concentrations at least ten times higher than the maximum permissible concentration according to EQS. Generally, the concentrations of the heavy metals showed a decreasing tendency away from the source of pollution and along the river flow (Zhao et al., 2020), in which S1 had the highest concentration of each metal except for Hg and Pb. The average concentrations of all eight measured metals were higher than those found in other heavy metal-contaminated sediments (Chen and Kandasamy, 2008; Gao and Chen, 2012; Liu et al., 2018; Li et al., 2020). Due to the persistence and bioaccumulation characteristics of heavy metals in sediments (Demirak et al., 2006; Uysal et al., 2009), a high-concentration of heavy metals in the river sediments poses a serious ecological risk, and is a particular health threat to aquatic animals and humans through the food chain (Liu et al., 2014; Monroy et al., 2014; Kumar et al., 2019).

Additionally, the influence on the sediment ecosystem exerted by heavy metals and persistence time of contamination also is embodied at the molecular and community levels (Bodour et al., 2003; Grandlic et al., 2006). For example, the release of heavy metals from contaminated sediments has been shown to have an effect on microbial community diversity, activity and biomass in sediments and soils (Zhu et al., 2013; Chen J. et al., 2014). To a certain extent, a change in microorganisms in sediments reflects the entire health and condition of an ecosystem. The RI is based on the sensitivity of organisms to heavy metals (Zhu et al., 2013; Chen J. et al., 2014; Wang et al., 2018). The RI index showed that the sediments were seriously contaminated by heavy metals (Table 1). The RI index value at S1 near the source of the pollution was significantly higher than those at other sites. Ei for a signal heavy metal of Cd, Cu, and Hg were highest in all samples, ranging from 1086.0 to 43427.0, corresponding to the “serious” risk grades (Table 1). Ei of As, Cr, and Ni in all the samples decreased with the distance from the downstream along the river, reaching a “low” risk grade largely due to the low concentrations and response coefficients of the toxicity.


TABLE 1. Potential ecological indices (Ei) for heavy metals and potential ecological risk index (RI) of heavy metals in all samples.
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Microbial Diversity and Taxonomic Composition in the River Sediments

The microbial community structures of the eight sediment samples were investigated using pyrosequencing of the 16S rRNA gene fragments. The microbial diversity analysis showed that the number of OTUs ranged from 1,908 (S4) to 2,528 (S3) among the samples. Samples S1, S2 and S4 had fewer OTUs than the other samples, indicating low bacterial richness in these samples. This agreed with the results of the Chao1, ACE estimation, Shannon, and Simpson indices (Supplementary Table 4). With the structural and functional resilience of microbial communities and adaptation to heavy metal contamination (Brandt et al., 2010), the diversity and richness of the bacteria showed a generally stable trend in the last four sampling sites. Hence, the diversity and richness of the bacteria were not linearly related to heavy metals in this research. Therefore, these results suggested that heavy metal contamination had a limited impact on microbial communities, which was consistent with previous study (Zhu et al., 2013). Similarly, it has been indicated that significant variations in metal concentrations changed the microbial community very little using denaturant gradient gel electrophoresis (DGGE) (Bouskill et al., 2010). However, the microbial diversity based on the relative intensity of the DGGE band and high-throughput sequencing analysis showed a decreasing trend under long-term heavy metal pollution (Jiang et al., 2017; Salam and Varma, 2019). In general, the relationship between the community diversity and heavy metal concentrations was ambiguous due to the various environmental factors. For example, previous studies have shown that nutrient concentrations and soil properties seemed to play a principal role in promoting diversity in highly metal contaminated sediments (Bouskill et al., 2010; Jiang et al., 2017).

Annotation against the RDP Classifier showed that the 7,395 effective bacterial sequences were assigned to different taxa levels (from genus to phylum) with a threshold of 50%. At the phyla level, Firmicutes (10.45–36.63%), Proteobacteria (11.76–32.59%) and Actinobacteria (14.81–27.45%) had the highest relative abundances. The other prevalent phyla primarily included Bacteroidetes (1.11–8.91%), Chloroflexi (1.42–8.61%), Planctomycetes (1.05–5.34%), Cyanobacteria/Chloroplast (0.72–5.56%), Acidobacteria (0.43–6.64%), TM7 (0.31–3.26%), OD1 (0.11–4%), Verrucomicrobia (0.58–2.24%) and Armatimonadetes (0.03–1.18%) (Figure 2). Proteobacteria, Firmicutes, Bacteroidetes, Acidobacteria and Actinobacteria were all found in anaerobic sediments that contained high concentrations of heavy metals (Sánchez-Andrea et al., 2011; Liu et al., 2018). Similarly, Firmicutes and Proteobacteria were both dominated in sediments contaminated with multiple heavy metals from the Xiangjiang and Beigang Rivers in China and in soils influenced by long-term chromium pollution (Desai et al., 2009; Zhu et al., 2013; Liu et al., 2018). This result was different from that of Proteobacteria and Acidobacteria, which contributed to a majority of the community composition in the less contaminated sediments (Sun et al., 2013). Moreover, the previous study showed that Deinococcus/Thermus phylum was positively associated with the presence of Cu and other heavy metals in the soil samples affected by the neutral mine drainage (Pereira et al., 2014). However, Deinococcus/Thermus was not detected in the present study with the high concentration of Cu. These differences might be due to the sediment chemical parameters and the concentrations of heavy metals (Sun et al., 2013; Pereira et al., 2014). The phylogenetic classification of sequences at the class level from the eight sediment samples is summarized in Supplementary Figure 1. In all the sampling sites, Clostridia (6.84–29.83%) and Actinobacteria (14.81–27.45%) were the first and the second dominant classes. The other dominant classes across all the sediments included Alphaproteobacteria (3.64–5.10%), Betaproteobacteria (3.27–17.78%), Gammaproteobacteria (1.27–7.61%), Deltaproteobacteria (0.91–6.30%), Bacilli (1.95–7.49%), Planctomycetacia (0.99–5.30%), and Chloroplast (0.68–4.90%). In a study conducted by Wang et al., Alphaproteobacteria, Gammaproteobacteria, and Deltaproteobacteria were also found by pyrosequencing to be the dominant classes in two typical intertidal sediments of Bohai Bay, China (Wang et al., 2013). As shown in Figure 3, a total of 41 genera had a relative abundance of >1% in one of the eight samples. Among the genera, Clostridium XI (1.35–9.47%), Clostridium sensustricto (1.09–11.47%), Proteiniclasticum (0.18–6.51%), Cellulomonas (0.64–4.59%), and Mycobacterium (1.39–7.73%) had relatively higher abundances in each sample.
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FIGURE 2. Relative abundances of different phyla in all sediment samples. The relative abundance was obtained by determined sequences vs. the total effective bacterial sequences with the help of RDP classifier at the threshold of 50%.
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FIGURE 3. Heat map of genera (occurred at > 1% at least one sample) in all sediment samples. The relative abundance was obtained by determined sequences vs. the total effective bacterial sequences with the help of RDP classifier at the threshold of 50%.




Linking Microbial Communities to Heavy Metals

A large proportion of the genera belonging to phylum of Firmicute generally dominated all the sampling sites, such as Clostridium XI and Clostridium sensustricto. Previous reports showed that Clostridium exhibited two tolerance mechanisms of heavy metals, including reductive precipitation and formation of heavy metal-protein complexes (Alexandrino et al., 2014; Maleke et al., 2019). These findings suggest Clostridium may improve the green technologies for bioremediation of heavy metals. In contrast, as the response to the heavy metals, the relative abundance of Conexibacter, Cellulomonas and Mycobacterium (Actinobacteria phylum) showed a tremendous decrease in the S8 sample with less contamination of various heavy metals. A similar trend occurred in the genera of Arcobacter, Anaeromyxobacter, Janthinobacterium, and Bacillus (Proteobacteria phylum), which was not consistent with the assumption that the genera would increase. Members of the Cellulomonas genus can effectively reduce Cr(VI) to Cr(III) fermentatively, indicating that they could play a potential role in the Cr(VI) remediation at Cr(VI) contaminated sites (Viamajala et al., 2007). Members of the genus Arcobacter are typically classified as nitrate-reducing and sulfide-oxidizing bacteria (Yeung et al., 2011). These two processes are usually associated with iron and manganese cycling that plays an important role in immobilization of heavy metals (Otth et al., 2005; Zhao and Dang, 2011; Yeung et al., 2011). The genus Bacillus has commonly been detected in soils, and its members (Bacillus pumilus, Bacillus indicus, Bacillus Asus, and Bacillus clausii) have exhibited high resistance against As, Cd, Co, Hg, Pb, and Se (Nithya et al., 2011).

Heavy metals have been reported to significantly affect the microbial diversity, activity, and biomass in the contaminated rivers (Chen J. et al., 2014; Liu et al., 2018; Li et al., 2020). For example, bioavailable Hg can damage microbial activities and inhibit enzymatic activities, resulting in selective pressure on microorganisms in Hg-polluted areas (Harris-Hellal et al., 2009; Mahbub et al., 2016, 2017). In this study, the microbial community profiles and concentrations of heavy metals were obtained from each sample to determine correlations between heavy metals and microbial populations using CCA. The strength of the effect of heavy metals on microbial community structure is reflected by the length of the arrow. As shown in Figure 4, a CCA ordination plot with the heavy metal concentrations is displayed for the three groups at the phylum level, and it can be seen that some heavy metals posed influence on the structure of microbial community. However, only the concentration of mercury was significantly correlated with the microbial community and species distribution (p = 0.043, r2 = 0.748). This result was consistent with the higher Ei in all the samples (Table 1). Additionally, the samples were generally divided into three clusters at the phylum level. Cluster A included S1, S2, and S4; cluster B included S3 and S5; and cluster C included S6, S7, and S8, which agreed with the contamination level of sampling locations and the river flow. The phyla of Actinobacteria, TM7, Planctomycetes and Cyanobacteria/Chloroplast dominated in cluster A, while the abundance of OD1, Bacteroidetes, Verrucomicrobia, and Proteobacteria was high in the sampling sites of S3 and S5. A previous study had revealed that Verrucomicrobia was positively correlated with increased mercury and methylmercury concentrations with low Hg concentration levels (Vishnivetskaya et al., 2011; Liu et al., 2014), but this was not consistent with the present result due to the high concentration of Hg in this study. Mahhub et al. reported a significant decrease in bacterial α diversity when the Hg concentration was up to 4.4 mg/kg (Mahbub et al., 2016). It is worth noting that the level of mercury that significantly (p < 0.05) explained the observed community variation was also shown at the level of class (Supplementary Figure 2) and order (Supplementary Figure 3). Moreover, the microbial community was similar among the less contaminated sites (S6, S7, and S8), where Chloroflexi, Armatimonadetes, and Acidobacteria dominated. Members of Firmicutes have been reported to possibly play a potential role in the transportation and deposition of trace metals in sediment conditions (Sauvain et al., 2014). These differences might be caused by the complex contaminations and other environmental parameters. As calculated, the sampling sites S1 and S4, S3 and S5, S6 and S7 had similar bacterial community structures at the phylum, class, and order levels, respectively, which were consistent with the changes in heavy metal concentrations in these locations and downstream along the river.
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FIGURE 4. Correspondence Canonical Analysis (CCA) of the eight sediment samples at phylum level (55.95% of the scores variation could be explained by CCA1 and 27.98% by CCA2). Only the concentration of mercury was significantly correlated with the microbial community variation (p = 0.043, r2 = 0.748). The samples could be grouped into three clusters, cluster A included S1, S2 and S4, cluster B included S3 and S5, and cluster C included S6, S7, and S8.




Diversity and Abundances of As, Cd, and Cu Resistance Genes

Illumina high-throughput sequencing was conducted to investigate the diversity and abundance of the HMRGs in the selected samples of S1 and S7. After filtering and denoising, approximately 10 million clean reads (1.3 Gb) were finally generated for each sample. The results showed that the relative abundances of the Cu, Cd, and As resistance genes in sample S1 were all higher than those in S7 (Figure 5A, p < 0.05), suggesting that the relative abundance of HMRGs was well correlated with heavy metal concentrations (Jacquiod et al., 2018). The occurrence of heavy metals with high concentrations significant influenced the taxonomic and functional diversities of microbial communities in sediments (Romaniuk et al., 2018). Moreover, microorganisms demonstrated a variety of resistance mechanisms to adapt, accommodate, and live in the heavy metal-contaminated conditions, and the resistance mechanisms were mediated by autologous components and systems or the HMRGs (Rouch et al., 1995; Silver et al., 2001;Peltier et al., 2010). The ubiquitous, various and high-level heavy metals in the river sediments of the e-waste recycling area that exert a strong selective pressure on microorganisms, could induce HMRGs with long-term exposure, which would make HMRGs ubiquitous in microbial communities (Frostegård et al., 1996; Müller et al., 2001; Thomas et al., 2020). HMRGs considered as an emerging pollutant that can have an enormous impact on environmental safety, and they have increasingly become a major global human health threat (Peltier et al., 2010).
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FIGURE 5. Exposure to heavy metal-contaminated effluent promotes HMRGs in bacterial communities in river sediment. The figure showed the relative abundance of (A) heavy metal resistance genes, (B) As resistance genes, (C) Cd resistance genes, and (D) Cu resistance genes. The relative abundance was calculated in relation to the total number of identified bacterial resistances genes.


In a comparison of the As resistance, the database showed that 168 reads (0.017‰) and 157 reads (0.016‰) were identified as As resistance genes in samples S1 and S7, respectively (Figure 5A). The resistance genes of ACR3, arsB, arsH and arsC were present in all the samples, but arsA was only detected in sample S7. Various microbes showed resistance to As exposure and possessed the ars operon for As resistance. The ars operon consisted of three (arsRBC) to five (arsRDABC) genes organized into a single transcriptional unit (Kaur et al., 2011). In these As resistances, the role of arsH in As resistance remains contradictory since arsH from Yersinia enterocolitica confers resistance to both arsenite and arsenate, while arsH from Acidothiobacillus ferrooxidans did not appear to confer As resistance (Neyt et al., 1997; Butcher et al., 2000). Among the identified As resistance genes, the ACR3 gene had the highest relative abundance (Figure 5B) and was found in Stenotrophomonas maltophilia, Starkeya novella, Geobacter sp., and Deferribacter desulfuricans (Supplementary Table 5). The database showed that the ArsH gene was widely distributed in Stenotrophomonas maltophilia, Yersinia enterocolitica and Acinetobacter sp. (Supplementary Table 5). Efflux is one of the most common mechanisms that microorganisms utilize to obtain heavy metal resistance due to the environmental pervasiveness of As (Alvarez et al., 2017). The previous reports showed that the As efflux protein, ACR3, was widespread (Fu et al., 2009), which was consistent with the highest relative abundance of ACR3 in the sediments.

Similarly, 229 reads (0.023‰) and 216 reads (0.022‰) identified from samples S1 to S7, respectively, were responsible for Cd resistance (Figure 5A). Cd resistance genes including czcA, nccA, acrB/D/F, and cadA were present in both samples, while cusC was detected only in sample S7. Among the detected genes, the czcA gene had the highest abundance and had a broad range of host species including Herminiimonas arsenicoxydans, Acinetobacter baumannii, Methylocystis sp., Ralstonia sp., and Oxalobacteraceae bacterium (Figure 5C). The czcA gene belongs to the efflux system czc and can pump Co(II), Zn(II), and Cd(II) from cells by encoding the cobalt-zinc-cadmium resistance protein (Trevors et al., 1986; Romaniuk et al., 2018). Roosa et al. found an interesting phenomenon that the czcA gene might be co-selected by other non-target metals such as Cu and As (Roosa et al., 2014). Moreover, the czcA protein encoded by the czc operon is a member of the RND family, which modulates low level resistance to Co(II), Zn(II), and Cd(II) (Rensing et al., 1997; Roosa et al., 2014). The second highest abundance of the Cd resistance gene (cad) was a two-component operon that consisted of two genes designated as cadA and cadD (Zhang et al., 2015). The cadA gene encods a Cd2+/ATPase protein transporter to accommodate and counteract heavy metals stress, while cadD genes enhance Cd resistance (Hsieh et al., 2010; Zheng et al., 2019).

Furthermore, alignment against the Cu resistance database showed that the Cu resistance genes were more abundant than the As and Cd resistance genes in each sediment sample (Figure 5A). This has been due to the highest concentration of Cu in all the sediment samples (Supplementary Table 3). Previous report showed a positive correlation between the level of copA and Cu in paddy soils exposed to 1-year of Cu contamination (Li et al., 2012). A total of 618 reads (0.061‰) and 406 reads (0.040‰) were assigned to the Cu resistance genes, including copA, copB, copC, copD, and copF (Figure 5D). These results also showed that the multi Cu oxidase gene, copA, that determines the uptake P-type ATPase, dominated in the microbial communities, and this was followed by copB coding for the efflux P-type ATPase. These two genes were found in a single operon and are currently best understood as a Cu resistance and transport system (Teixeira et al., 2008). This cop system was regulated in response to Cu-starvation when the copA uptake ATPase was needed, or to Cu-excess when the copB efflux ATPase was needed (Behlau et al., 2011; Chen et al., 2019). The primary bacterial hosts of the Cu resistance genes (primary copA) were found to be Acinetobacter radioresistens, Methyloversatilis universalis, Xanthomonas vesicatoria, Pseudoxanthomonas spadix, and Oxalobacteraceae bacterium (Supplementary Table 5).



CONCUSION AND IMPLICATIONS

In this study, our results have shed light on the diversity and composition of the microbial communities in river sediments seriously contaminated by e-waste recycling. 454 pyrosequencing showed that Firmicutes, Proteobacteria, and Actinobacteria dominated the sediment microbial assemblages followed by Bacteroidetes and Chloroflexi. Specifically, the abundance of Firmicute increased along with the decreased level of contaminants. Inversely, there was a gradual decline trend in the abundance of Actinobacteria. Statistical analysis revealed that the concentration of mercury was significantly correlated with the microbial community and species distribution, which agreed with an analysis of the potential ecological risk index. With metagenomic analysis, the relative abundance of heavy metal resistance genes was related with the contamination level and the exposure time. For instance, the abundances of the arsB and ACR3 genes correlated positively with the As(III) concentration in a wasteland soil (Poirel et al., 2013). However, the direct correlation between the abundance and concentration of heavy metals is difficult to quantify due to complex contaminated conditions and the bioaccessibility of heavy metals (Ye et al., 2016; Liu et al., 2019). Some of the identified HMRGs might be inactive, or the presence of a mutation or genetic incongruity could exist in an e-waste recycling area (Dziewit et al., 2015; Romaniuk et al., 2018). To depict a more-detailed picture among microbial communities, functional microorganisms and HMRGs in contaminated sediments, other shotgun omics technologies need to carry out to explore all microbial genomes, proteomes, and complete transcriptomes. Nevertheless, characterization of microbial communities and HMRGs in this study can provide more information for bio-remediation in contaminated sediments or act as eco-indicators for eco-toxicological research.
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Vanadium – a transition metal – is found in the ferrous-ferric mineral, magnetite. Vanadium has many industrial applications, such as in the production of high-strength low-alloy steels, and its increasing global industrial consumption requires new primary sources. Bioleaching is a biotechnological process for microbially catalyzed dissolution of minerals and wastes for metal recovery such as biogenic organic acid dissolution of bauxite residues. In this study, 16S rRNA gene amplicon sequencing was used to identify microorganisms in Nordic mining environments influenced by vanadium containing sources. These data identified gene sequences that aligned to the Gluconobacter genus that produce gluconic acid. Several strategies for magnetite dissolution were tested including oxidative and reductive bioleaching by acidophilic microbes along with dissimilatory reduction by Shewanella spp. that did not yield significant metal release. In addition, abiotic dissolution of the magnetite was tested with gluconic and oxalic acids, and yielded 3.99 and 81.31% iron release as a proxy for vanadium release, respectively. As a proof of principle, leaching via gluconic acid production by Gluconobacter oxydans resulted in a maximum yield of 9.8% of the available iron and 3.3% of the vanadium. Addition of an increased concentration of glucose as electron donor for gluconic acid production alone, or in combination with calcium carbonate to buffer the pH, increased the rate of iron dissolution and final vanadium recoveries. These data suggest a strategy of biogenic organic acid mediated vanadium recovery from magnetite and point the way to testing additional microbial species to optimize the recovery.
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INTRODUCTION

Vanadium is a transition metal that is primarily used as a steel alloy in approximately 85% of global steel production. It is also used in the aerospace industry for the production of alloyed-titanium, in industrial catalysts for the production of synthetic products, and in the cathodes of some lithium ion batteries [reviewed in Peng (2019); Gilligan and Nikoloski (2020)]. Vanadium is widespread in the Earth’s crust but it does not form concentrated deposits, such as a sulfide mineral, but occurs rather as V(III) replacing iron or aluminum in different minerals including titanomagnetite (Dill, 2010). The majority of vanadium is refined from slag waste as a by-product of the processing of titanomagnetite ores and steel refining, and to a lesser extent as a by-product of uranium mining [reviewed in Gilligan and Nikoloski (2020)]. In addition, vanadium is found in coal, oil shale, phosphate rock, and crude oil. A general process for vanadium production can include magnetic separation, salt roast, water leach, precipitation, and calcination of V2O5. Up to 87% vanadium recovery from magnetite is achieved by chemical leaching using a mixture of nitric and sulfuric acids at a temperature of 80–95°C (Nejad et al., 2018). A further study used a combined process involving magnetic separation, hydrofluoric acid leaching, co-precipitation, roasting, water leaching, and precipitation to achieve a total vanadium recovery of 81% (purity of >99%) from titanomagnetite (Zhu et al., 2016). The use of vanadium in next-generation energy storage and conversion technologies is predicted to increase its demand and highlights the need to develop production methods (Zhang et al., 2020).

Due to increased extraction and use along with its significant environmental toxicity, vanadium’s position as an environmental hazard is being reconsidered (Watt et al., 2018). However, knowledge of vanadium geochemistry is lacking in comparison to other environmental pollutants. Vanadium exists in the +3, +4, and +5 oxidation states and is most common as the +5 vanadate oxyanion in oxic conditions, while the +3 state occurs in anoxic/sulfidic conditions (Gustafsson, 2019; Shaheen et al., 2019). Vanadium transfers from soil to plants such that phytoaccumulation may impact human health by potentially causing a number of diseases (Imtiaz et al., 2015). A study in China identified vanadium in soils and groundwater where species from the Bacillus and Thauera genera were well represented, resulting in reduction of V5+ to less toxic V4+ suggesting a path to bioremediation with these species (Zhang et al., 2019). Vanadium can also be recovered by chemical and biological sorbents for both remediation and industrial vanadium recovery (Huang et al., 2020; Kong et al., 2020; Zhang and Leiviskä, 2020; Sharififard and Rezvanpanah, 2021). However, the paucity of microbiological studies highlights the gap in current knowledge of vanadium-contaminated environments.

Biomining is the use of microbes to catalyze the dissolution of solid metal-containing minerals into metal-containing solutions [reviewed in Johnson (2014)]. This metal dissolution is often facilitated by low pH in combination with microbial catalyzed oxidation (Vera et al., 2013) or reduction (Johnson and Du Plessis, 2015) of iron ions. Several metal sulfide ore biomining systems have been developed with the most well-known being the low pH microbial catalyzed oxidative dissolution of metal sulfides, such as copper release from chalcopyrite (Watling, 2006; Christel et al., 2018). More recent technologies have been developed including the reductive dissolution of e.g., limonitic laterite by acidophilic microorganisms for the recovery of nickel (Hallberg et al., 2011). Shewanella spp. are known to use magnetite as an electron acceptor (Kostka and Nealson, 1995) and the reductive bioleaching of several iron(III) oxides including magnetite by Shewanella loihica shows dissimilatory iron reduction and dissolution of all the tested minerals (Benaiges-Fernandez et al., 2019). The solubility of metals can also be enhanced by heterotrophic microbes that oxidize organic substrates (such as glucose to organic acids) that are excreted and act as metal-binding ligands (Pohlman and Mc Coll, 1986; Jones et al., 1996). Consequently, biological extraction of metals using organic acid producing fungi and bacteria (e.g., Gluconobacter spp. producing gluconic acid) has also been investigated (Bosecker, 1997; Mulligan et al., 2004). These studies include base metal recycling from electronic waste by e.g., fungal ligands (Valix, 2017) and rare earth element release from e.g., bauxite residues by bacterial and fungal biogenic organic acids [reviewed in Rasoulnia et al. (2020)]. Bioleaching strategies have also been tested for vanadium recovery including oxidative and organic acid leaching from spent catalysts by Acidithiobacillus ferrooxidans, Acidithiobacillus thiooxidans, and Aspergillus niger (Muddanna and Baral, 2019; Mikoda et al., 2020; Pradhan et al., 2021); shale by At. ferrooxidans (He et al., 2019); red mud with the fungi A. niger and Penicillium tricolor (Qu et al., 2019); and steel slag by a mixed consortium of acidophilic bacteria dominated by At. ferrooxidans and At. thiooxidans (Gomes et al., 2018). However, the paucity of knowledge regarding the biological recovery of vanadium from the industrially relevant resource of titanomagnetite highlights the need to develop biotechnologies for a more sustainable recovery of vanadium from magnetite-bearing sources.

In this study, we investigated the 16S rRNA gene amplicon-based molecular microbiology of environments with industrially relevant vanadium concentrations to inform strategies in the development of a biomining technology. To this end, several chemical and biological mineral dissolution systems were tested to identify the most efficient method to release vanadium from magnetite concentrate for metal recovery.



MATERIALS AND METHODS


Characterization of Solid and Liquid Samples

Waste rocks samples (BRU_S1 to S6; n = 6) were collected from the Bruvann mine by combining material from the upper 15 cm of the waste dump that were used for mineralogical analyses (Supplementary File 1). Magnetite was extracted from the rocks by magnetic separation to run the laboratory leaching test on the material for the microbial analysis of sample BRU_L4 (described below in section “Microbial Sample Collection, DNA Extraction, and 16S rRNA Amplicon Analysis”). In addition, solid waste (MV_S1 and S2; n = 2) was collected from the upper 15 cm of the Mustavaara tailings site. Solid samples were ground and pressed into pellets and then analyzed by X-Ray Fluorescence Spectroscopy (XRF) using a Bruker AXS S4 Pioneer machine. The MV_L1 and L2 liquid samples were analyzed with an Analytik Jena Contra 700 atomic absorption spectrometer with a graphite furnace while the Ti_L1 liquid sample was analyzed for vanadium concentration by inductively coupled plasma mass spectrometry (ICP-MS) using a Thermo Fisher Scientific iCAP RQ machine according to ISO 17294-2:2016. Samples BRU_L1 to L3 pH and conductivity were measured in the field using an Aqua TROLL multi parameter sonde while BRU_L4 was measured using an OAKTON pH 2100 and a HACH sensION 5, respectively. Conductivity and pH of Ti_L1 plus MV_L1 and L2 liquid samples were analyzed using a Mettler Toledo conductivity meter and a pHenomenal® pH 1000 L (VWR) pH meter, respectively.



Microbial Sample Collection, DNA Extraction, and 16S rRNA Amplicon Analysis

Water, sediment, and solid waste samples were collected for microbial community analyses at vanadium-containing sites in Norway and Finland in 2016 and 2018 with sample details provided in Supplementary File 1. Bruvann mine sediment samples were collected from a mine stream (BRU_S7 and S8; n = 2) by combining material from the upper 15 cm below the sediment surface. In addition, Mustavaara solid tailings waste (MV_S3 to S8; n = 6) was sampled from the tailing area (next to the settling basin) by first removing approximately 20 cm of the top layer of the tailing material and then taking all samples from approximately same depth. Water samples were obtained from the Bruvann mine stream as close to the mine entrance as possible (samples BRU_L1 and L2; n = 2), Bruvann tailings deposit stream leading from the mine tailings deposit (BRU_L3; n = 1), Bruvann leaching experiment (BRU_L4; n = 1), Mustavaara settling basin (MV_L3 to L5; n = 3), and Titania mine water (Ti_L1; n = 1). All the water samples were separately filtered (0.1 μm) for cell recovery and each filter was placed in a sterile tube.

The filters, sediment, and solid waste samples were frozen and stored at −20 or −80°C until analysis. Genomic DNA was extracted using the PowerWater DNA isolation Kit (Qiagen) for filters and PowerSoil DNA isolation Kit (Qiagen) for sediment and solid tailings waste samples according to the manufacturers’ instructions other than that the DNA was eluted in 50 μL of EB buffer.

Partial 16S rRNA genes were amplified with a modified PCR protocol (Hugerth et al., 2014) by using the 341F and 805R primer set (Herlemann et al., 2011). The PCR amplification and Illumina libraries were constructed and sequenced by Science for Life Laboratory, Sweden1 according to published methods (Lindh et al., 2015). The DADA2 pipeline [version 1.16, “dada2” R package version 1.14.1; (Callahan et al., 2016)] was used to process the sequence data. After initial filtering and trimming (280 and 220 bp sequence length for forward and reverse reads, respectively; 21 bp trimmed for primers), the remaining primer sequences were removed with cutadapt [version 2.3; (Martin, 2011)]. On average, 18% of the raw reads were filtered out. The resultant amplicon sequence variants (ASVs) were annotated against the Silva NR database v138 (Quast et al., 2013), and analyzed in R [version 3.6.3; (R Core Team, 2019)] utilizing the vegan package [version 2.5–6; (Oksanen et al., 2020)].



Magnetite Concentrate

Magnetite concentrate was provided by Titania AS (Norway). A Bruker AXS S4 Pioneer X-ray fluorescence (XRF) spectrometer was used to determine the chemical composition of the magnetite concentrate. The sample was milled and 13.16 g was mixed with 0.84 g of C-wax and pressed pellets were prepared from the mixture (7–8 g) using boric acid as binder and applying a hydraulic pressure of 10 metric tons to pellet the sample. X-ray diffraction (XRD) measurement was performed with a Rigaku SmartLab rotating anode diffractometer using Co Ka radiation. The milled sample was measured at room temperature in the 2-theta range from 5° to 130° with a step size of 0.02 and an acquisition rate of 4 deg/min. Rietveld analysis was performed to measure the proportion of crystalline compounds. X-ray photoelectron spectroscopy (XPS) analyses were performed with a Thermo Fisher Scientific ESCALAB 250Xi using a monochromatic Al Kα source (1486.6 eV). The charge correction was done by setting the binding energy (BE) of adventitious carbon to 284.8 eV.



Abiotic Organic Acid Leaching

Abiotic leaching using the metal-binding ligands gluconic acid (0.5 N, 500 mM) and oxalic acid (0.5 N, 250 mM) was performed in triplicate assays using 100 mL at pH 1.8 in 250 mL Erlenmeyer flasks with agitation at 120 rpm and 30°C. Samples of the leach were removed and analyzed as described below [see section “(Bio)leaching Analyses”].



Bioleaching Experiments With Iron(III)-Reducing Acidophiles

Reductive bioleaching with iron(III)-reducing acidophiles used mixed cultures of the iron- and sulfur-oxidizing species At. ferrooxidans ATCC 53993, the sulfur-oxidizer At. thiooxidans DSM 9463, and the heterotroph Acidiphilium cryptum JF-5 [kindly provided by Küsel et al. (1999, 2002)]. At. ferrooxidans and At. thiooxidans strains were grown axenically in 250 mL Erlenmeyer flasks with 100 mL Mackintosh (Mac) basal salt medium (Mackintosh, 1978) at pH 2.5 with 1% (wt/vol) elemental sulfur. Ac. cryptum JF-5 was grown in 100 mL Erlenmeyer flasks with 50 mL Mac medium supplemented with 1 g/L glucose and 0.02% (wt/vol) yeast extract. The cultures were grown at 30°C with agitation (120 rpm). Early stationary phase cultures were used as inocula for bioreactor experiments performed in 2 L Schott flasks with 2 L medium supplemented with 0.5% elemental sulfur and 1 g/L of iron, supplied as Fe2SO4 × 7H2O solution (pH 1.2) and stirred at 300 rpm using a magnetic stirrer. The bioreactors were initially operated with aeration until the pH dropped below 1.2 before aeration was stopped, the pH was set to 2.0 with 2 M NaOH, the medium was purged with nitrogen and supplemented with 3% (wt/vol) Titania magnetite concentrate and ingress of oxygen was prevented by rubber seals. The aerobic metabolism of the microorganisms was initially used for efficient growth and then for oxygen elimination in order to switch from oxygen to iron respiration. Sampling was via sterile needles during which nitrogen was injected into the reactors to prevent oxygen ingress. Bioleaching parameters were sampled and analyzed as described below [see section “(Bio)leaching Analyses”].



Magnetite Reduction With Shewanella loihica

Strain PV-4 (DSM 17748) was pre-cultured aerobically in 100 mL Erlenmeyer flasks with 50 mL LB medium at 20°C with agitation (120 rpm). Cells were harvested by centrifugation at 7,000 × g for 10 min and washed in M1 defined medium (Roh et al., 2006). The reduction of magnetite was assessed in 100 mL serum bottles using 100 mL M1 medium supplemented with lactate (10 mM) as the electron donor and 3% (wt/vol) Titania magnetite concentrate. Alternatively, the reduction of magnetite was tested in synthetic seawater prepared following the standard protocol D1141-98 (ATSM International) amended with sodium lactate (10 mM) as an electron donor and carbon source, ammonium chloride (1.87 mM) as a source of nitrogen, and Tris–HCl (10 mM) as a pH buffer (Benaiges-Fernandez et al., 2019). The pH of the medium was adjusted to 8.2 with 0.1 N NaOH. Reduction of magnetite was conducted anaerobically in N2 purged medium in sealed serum bottles. Bioleaching cultures were sampled and analyzed as described below [see section “(Bio)leaching Analyses”].



Magnetite Bioleaching With Gluconobacter oxydans

Gluconobacter oxydans strain DSM 46616 was pre-grown in DSM 105 medium (glucose 100 g/L, yeast extract 10 g/L, CaCO3 20 g/L, pH 6.8) at 30°C and 120 rpm agitation. For magnetite leaching assays, sub-cultures were supplemented with 3% (wt/vol) Titania magnetite concentrate and inoculated with 10% (vol/vol) pre-grown culture. Different medium compositions were tested by modifying DSM 105 medium with lower yeast extract concentration (0.1% compared to 1%) or omitting/adding CaCO3 as described for the different experiments. Lowering the yeast extract content was performed to investigate if lowered levels of yeast extract (i.e., growth factors and nitrogen) in the medium fostered conversion of glucose to gluconic acid, since conversion into biomass would be limited. Bioleaching cultures were sampled and analyzed as described in section “(Bio)leaching Analyses.”



(Bio)leaching Analyses

The parameters tested in the chemical and biological leaching were pH (VWRTM pHenomenal pH1000L, SI Analytics BlueLine 15pH probe), redox potential (VWR pHenomenalTM pH1100L, Mettler Toledo InLab Redox-L), as well as photometric determination of iron(II)-ions and total iron ion concentrations (Harvey et al., 1955) using a plate reader (FLUOstar OmegaTM, BMG LabTech®). Cell counts were performed with a Thoma counting chamber on a Zeiss microscope with a magnification of 400-fold. Selected samples were analyzed for their total vanadium content (ICP-MS) as carried out at ALS AB, Sweden or Servizos de Apoio á Investigación, Spain.




RESULTS AND DISCUSSION


Characterization of Vanadium Containing Environments

Nordic vanadium containing environments including operating and closed mines were sampled to investigate indigenous microbial communities that may provide information into leaching strategies for vanadium dissolution. The closed Bruvann nickel-olivine deposit has six Mtons of deposited tailings and while no vanadium data are available for the near pH neutral liquid samples used for microbial community analysis, Bruvann waste rocks (BRU_S1 to BRU_S6) contained vanadium concentrations ranging from 59 to 161 ppm along with 35–45% (wt/wt) SiO2 indicating the samples were dominated by felsic minerals and high in olivine (Supplementary File 2). The Mustavaara Fe-Ti-V-rich magnetite deposit mine has resulted in vanadium contaminated surrounding natural water systems (ponds, lakes, and rivers) along with vanadium containing tailings. The settling basin MV_L1 and L2 water samples contained between 9.42 and 9.74 μg/L vanadium while the vanadium content in the tailings (MV_S1 and S2) was 1,029 and 755 ppm, respectively. Finally, the Ti_L1 Titania mine water contained 526 μg/L of vanadium, high sulfate, and low pH that was loaded with many constituents in addition to vanadium including 219 mg/L iron enriched due to sulfide oxidation in the drying process of Ni-Cu sulfide concentrate.



Microbial Diversity of Vanadium Containing Environments

The rarefaction analysis generally showed asymptote converged curves that indicated the majority of taxa were captured by the sequencing (Supplementary File 3). However, samples MV_L5 and MV_S5 did not fully reach the horizontal curve progression, likely due to the low number of obtained sequences for these two samples. The similar values for observed ASVs (“Observed”) and estimated richness (“Chao1”) confirmed a sufficient sequencing depth for most samples (Supplementary File 4). The average number of observed ASVs per sample was 1946 ± 2047 (min 185 and max 5972). The greatest Alpha diversity as determined by Chao1 richness and Shannon diversity index was observed in Bruvann (BRU_L3 and BRU_L1) and Mustavaara (MV_L4) mine water samples with values ranging from 4,854 to 5,977 (Chao1) and 6.87 to 7.85 (Shannon). The increased diversity of the water samples may have been due to the low number of niches and relative scarcity of electron donors present in the tailings samples.

Non-metric multidimensional scaling (NMDS) comparison of microbial community composition between samples (Beta diversity; Figure 1) showed similar communities within groups for e.g., Mustavaara solid waste samples while the respective mine water samples were dissimilar. Differences in the Mustavaara communities may be related to low interface area between fluid and solid waste samples, different sampling areas, or the different sampling times (i.e., water samples were taken in October 2017, whereas solid waste samples were taken in August 2018). The Titania microbial communities (Ti_L1) were most dissimilar to those of the other samples potentially as the site is located in the south of Norway compared to the northern sites for the other samples plus the Titania mine water was acidic compared to near pH neutral conditions in the other samples.
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FIGURE 1. Non-metric multidimensional scaling (NMDS) of microbial community composition for the environmental 16S rRNA gene samples. The NMDS is based on a Bray Curtis dissimilarity matrix using relative abundances of the ASVs. Color encodes sampling site and symbols encode sample type.




Taxonomic Analysis of the Vanadium Containing Communities

Overall, the most abundant 16S rRNA gene amplicons had sequences that aligned within the phyla Proteobacteria, Patescibacteria, Actinobacteriota, and Chloroflexi (Figure 2 with taxonomic levels to genera in Supplementary File 5).
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FIGURE 2. Stacked bar graph of the microbial community composition based on the relative abundances of phyla (>1%). The remaining proportion to 100% (1.0) includes low-abundant taxa of <1% of the relative abundance.


Patescibacteria and Proteobacteria dominated the oxic Bruvann mine water samples (BRU_L1 to BRU_L4). The Proteobacteria included Thiobacillus and Sulfurifustis that include autotrophic sulfur-oxidizers (Vishniac, 1952; Kojima et al., 2015), the iron-oxidizing Sideroxydans (Weiss et al., 2007), and the genus Rhodoferax that includes psychrophilic aerobes that can grow on glycerol, mannose, and mannitol (Kaden et al., 2014). In contrast, the class Gammaproteobacteria dominated the likely anoxic Bruvann BRU_S7 and BRU_S8 sediment samples that included sulfur-oxidizing and nitrate-reducing Thiobacillus and Sulfuriferula (Watanabe et al., 2015), the psychrophilic and facultative anaerobic Rhodoferax, and Actimicrobium that was isolated from Antarctic seawater (Kim et al., 2011). The identification of ASVs most similar to psychrophilic bacteria matches the low temperatures typically encountered in northern Norway and the facultative aerobes match the likely oxygen concentrations in the sediment samples.

The Mustavaara mine tailings water samples (MV_L3 to MV_L5) were dominated by the phyla Actinobacteriota, Proteobacteria, Patescibacteria, and Bacteroidota with the respective classes Actinobacteria, Gammaproteobacteria, Parcubacteria, and Bacteroidia. Proteobacteria dominated the Mustavaara solid waste samples (MV_S3 to MV_S8) with lower relative abundances of Chloroflexi and Actinobacteriota. Within the class Gammaproteobacteria, the genus Gallionella was abundant that includes iron-oxidizing species that reside in low oxygen environments (Hallbeck and Pedersen, 2015).

The Titania mine water (Ti_L1) microbial community was similar to the Mustavaara solid waste samples on phylum and class levels but was different on more defined taxonomic levels. The most abundant genera within the Gammaproteobacteria were Pseudomonas (family Pseudomonadaceae), Polynucleobacter (family Burkholderiaceae), as well as Hydrogenophaga, and Limnohabitans (family Comamonadaceae). In addition, this water sample contained 16S rRNA gene sequences that aligned within the Gluconacetobacter genus that typically produces ketogluconic acid (Yamada et al., 1997) and the acidophilic Acidithiobacillus genus that can mediate sulfur compound oxidation along with some species also oxidizing iron (Johnson, 2016).

These vanadium-containing magnetite environments contained populations in the water samples and to some extent the sediment/tailings samples typical for pH neutral (neutrophiles), low temperature (psychrophiles and psychrotolerant taxa), and oxic versus anoxic environments. In addition, populations that have the potential to be used for mineral dissolution were present such as the acidophilic Acidithiobacillus genus that may be able to mediate low pH reductive bioleaching (Hallberg et al., 2011; Smith et al., 2017) or the Gluconacetobacter genus for organic acid dissolution [reviewed in Rasoulnia et al. (2020)]. The presence of these microbes in the oxic and anoxic environments that have previously been demonstrated to mediate metal dissolution led to testing of several strategies for vanadium dissolution.



Magnetite Concentrate Composition

The chemical composition determined by XRF confirmed iron as the main element along with significant amounts of titanium, magnesium, aluminum, silicon, and chromium plus a vanadium content of 3739 ppm (Supplementary File 6). XRD analysis showed that the magnetite concentrate contained mostly magnetite (∼90%; Mg0.04Fe2.96O4) and a small amount of magnesium titanium oxide (∼5%; MgTiO3; Supplementary File 7). The third phase present in the sample was not accurately identified, but data analysis indicated a spinel phase of spinel ferrian chromian or chlorospinel. The XPS survey spectrum confirmed the presence of O, Fe, Si, Mg, S, C, Al, Na, and Ti on the surface of the magnetite sample (Supplementary File 8). Vanadium was not detected in the survey and neither in the V2p high-resolution spectrum, which indicated that vanadium was buried deeper in the sample. The Fe2p high-resolution spectrum showed the Fe2p3/2 peak at 711.8 eV and the Fe2p1/2 peak at around 725 eV (Supplementary File 9). The binding energies are consistent with previous studies related to magnetite characterization with XPS (Tian et al., 2011; Cuenca et al., 2016). No clear satellite peak was observed at around 719 eV, which further confirmed that the sample contained magnetite (Cuenca et al., 2016). Ti2p spectrum showed doublet peaks of Ti2p3/2 at 459.0 eV and Ti2p1/2 at 464.8 eV (Supplementary File 9) indicating that Ti existed in +4 state (Pukazhselvan et al., 2019) that is also the oxidation state of Ti in MgTiO3.



Acidophile Bioleaching of the Vanadium Containing Magnetite Concentrate

Iron(III) reducing acidophiles, namely At. ferrooxidans, At. thiooxidans (Marrero et al., 2015, 2017), and Ac. cryptum JF-5 (Harvey et al., 1955) were investigated for magnetite bioleaching tests. These species are able to reduce iron(III) and are consequently capable of reductive bioleaching (Küsel et al., 1999, 2002; Hallberg et al., 2011; González et al., 2015; Marrero et al., 2017). Bioreactors (2 L) inoculated with the three species achieved low magnetite dissolution (1.74 ± 0.12%; Table 1) within 45 days of cultivation as well as shake flask experiments that were incubated aerobically or anaerobically. Likewise, axenic shake flask experiments with Ac. cryptum that were also conducted under aerobic or anaerobic conditions yielded low magnetite dissolution (0.39 ± 0.09 or 0.45 ± 0.05%; Table 1) and were therefore deemed unsuitable for vanadium leaching from the tested mineral concentrate. Other studies have reported more efficient magnetite dissolution by A. cryptum JF-5, reaching up to 25% in anaerobic and pH-controlled systems (González et al., 2015) although these conditions are more difficult and expensive to be implemented in large scale industrial biohydrometallurgical processes.


TABLE 1. Summary table of magnetite dissolution from the (bio)leaching strategies tested.
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Shewanella loihica Bioleaching of the Magnetite Concentrate

As mentioned above, Shewanella spp. use magnetite as an electron acceptor during dissimilatory microbial reduction (Kostka and Nealson, 1995) and magnetite reduction has recently been demonstrated to occur under marine sediment conditions (Benaiges-Fernandez et al., 2019). Consequently, bioleaching by S. loihica PV-4 was tested for its potential to dissolve the magnetite concentrate. The yields of iron obtained in this study using marine and non-marine media plus lactate as electron donor (0.14 ± 0.04 and 0.58 ± 0.03%, respectively) were greater than the 0.05% magnetite dissolution obtained by S. loihica under marine conditions (Benaiges-Fernandez et al., 2019). Despite these slight increases in iron concentration (Table 1), the low rates and yields render this option unfeasible for the development of an industrial bioleaching process.



Abiotic Organic Acid Leaching of the Magnetite Concentrate

Chemical leaching of the magnetite concentrate was tested with organic acids (0.5 N, pH 1.8) to investigate their efficacy for magnetite dissolution [reviewed in Eisele and Gabby (2014)]. Iron leached from the magnetite reached 14.0 and 285.3 mmol/L during gluconic- and oxalic-acid leaching after 15 and 6 days, respectively (Figure 3 and Table 1). This corresponded to 3.99 ± 0.03 and 81.31 ± 1.71% of the available iron in the 3% (wt/vol) magnetite pulp density in the shake flasks. Consequently, the dibasic oxalic acid was a more potent ligand than the monobasic gluconic acid and therefore, was confirmed to be suitable for magnetite dissolution (Lee et al., 2007). Both organic acids gave significantly higher yields (Table 1) than the acidophile and S. loihica bioleaching described above. Therefore, investigations into whether biological organic acid production also increased the magnetite dissolution were carried out. A. niger has been successfully applied for iron removal from silicates (Castro et al., 2000) and clay (Mandal and Banerjee, 2004) via binding by e.g., citric, oxalic, malic, and gluconic acids. In addition, it has been used to recover valuable metals from a low-grade mining ore (Mulligan et al., 2004); bioleaching of metals from spent fluid catalytic cracking catalyst (Santhiya and Ting, 2006; Das et al., 2019), waste printed circuit boards (Faraji et al., 2018), and spent lithium ion batteries (Horeh et al., 2016). Many of these studies reported that biogenic organic acids (culture supernatants) outperformed chemical leaching of comparable assays with pure organic acids (Reed et al., 2016; Qu et al., 2019).
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FIGURE 3. Chemical leaching of magnetite using gluconic acid (dashed line) and oxalic acid (solid line). Equal normality (0.5 N) solutions of gluconic and oxalic acid were used in shake flasks incubated at 30°C and 120 rpm agitation. Data are averages ± SD (n = 3).




Gluconobacter oxydans Bioleaching of the Magnetite Concentrate

Gluconobacter spp. produce the ligand gluconic acid when grown with glucose as substrate (Gupta et al., 2001). Consequently, biogenic gluconic acid was used to test metal solubilization from solids as a proof of concept for vanadium recovery from Titania magnetite concentrate. An initial test of G. oxydans bioleaching efficacy in assays with unamended medium containing 0.1% (wt/vol) yeast extract yielded 1737 ± 36 mg/L (n = 3) soluble iron after 13 days that corresponded to 8.9% of the available iron in the magnetite concentrate (Figure 4). During bioleaching, the pH fell to 3.73 ± 0.13 (n = 3) after 13 days and continued to decrease to 2.97 ± 0.06 (n = 3) after 39 days. This likely inhibited gluconic acid production by G. oxydans that has an optimum growth pH 5.5–6.0 (Gupta et al., 2001). However, the solubilization of iron as a proxy for vanadium dissolution suggested promising results for metal recovery from the magnetite concentrate.
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FIGURE 4. Bioleaching of 3% (wt/vol) magnetite concentrate using Gluconobacter oxydans showing the development of soluble iron ions (solid line) and pH (dashed line). Data are averages ± SD (n = 3) except for pH values between days 0 and 4 that are single replicates.


Investigation of G. oxydans magnetite concentrate bioleaching with increased yeast extract (1.0% wt/vol) yielded 2112 ± 199 mg/L (9.8%) soluble iron after 30 days that was greater than with 0.1% (wt/vol) yeast extract (Students t-test, p < 0.01; Figure 5). However, once again the medium pH fell to 2.27 ± 0.01 after 12 days, which likely negatively affected the leaching rate of 128 mg/L/day (R2 = 0.95). Further amending the growth medium with 2% CaCO3 to pH buffer the medium yielded 1921 ± 153 mg/L soluble iron after 12 days with an iron dissolution rate of 158 mg/L/day (R2 = 0.97). However, while the pH buffering increased the leaching rate it did not increase the total dissolved iron compared to without pH buffering after 30 days (p = 0.11 for total dissolved iron; Figure 5). Vanadium yields after 30 days in G. oxydans assays with 0.1 and 1% yeast extract were 2496 ± 498 and 3059 ± 200 μg/L, respectively, confirming the difference that was observed by comparing respective iron dissolution rates. Likewise, vanadium yields were highest in medium with 2% CaCO3 (3678 ± 180 μg/L) indicating that glucose conversion to gluconic acid by G. oxydans is most efficient when the pH is efficiently buffered (Figure 5). Furthermore, vanadium dissolution in G. oxydans growth medium is pH dependent, since vanadium solubilization by gluconic acid occurred as soon as the pH dropped below a value of 4. Finally, the lower vanadium yields compared to iron dissolution supports that the mineral analysis in that the vanadium was present deep within the sample.
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FIGURE 5. Bioleaching of 3% magnetite concentrate using Gluconobacter oxydans with 0.1% (wt/vol) yeast extract ([image: image]), 1.0% (wt/vol) yeast extract ([image: image]), and 1.0% (wt/vol) yeast extract plus 2.0% (wt/vol) CaCO3 ([image: image]). Results show pH (A), soluble iron ions (B), and vanadium (C). Data are averages ± SD (n = 3).





CONCLUSION

Vanadium containing environments contain microorganisms that can potentially be utilized for bioleaching of magnetite. The presence of these microbes may also explain the elevated levels of vanadium in water samples at the sampling sites. Magnetite leaching using acidophiles under aerobic and anaerobic culturing did not result in significant accumulation of dissolved iron, which functions as a proxy for vanadium release. Additionally, bioleaching with S. loihica PV-4 did not solubilize a significant fraction of the available iron in the magnetite concentrate. However, chemical leaching with oxalic and gluconic acids showed significant iron release that led to the evaluation of G. oxydans-mediated biogenic gluconic acid leaching that resulted in a maximum yield of 9.8% of the available iron and 3.3% of the vanadium. Amendment of the growth medium with CaCO3 to buffer the pH resulted in an increased leaching rate, but did not result in additional total iron solubilization. Future work to increase the yield and efficiency of the magnetite bioleaching may be directed toward optimizing the gluconic acid production by G. oxydans along with other organic acid producing strains such as A. niger.
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Fungi in acid mine drainage (AMD) environments are of great concern due to their potentials of decomposing organic carbon, absorbing heavy metals and reducing AMD acidity. Based on morphological analysis and ITS/18S high-throughput sequencing technology, previous studies have provided deep insights into the diversity and community composition of fungi in AMD environments. However, knowledge about physiology, metabolic potential and transcriptome profiles of fungi inhabiting AMD environments is still scarce. Here, we reported the physiological, genomic, and transcriptomic characterization of Acidiella bohemica SYSU C17045 to improve our understanding of the physiological, genomic, and transcriptomic mechanisms underlying fungal adaptation to AMD environments. A. bohemica was isolated from an AMD environment, which has been proved to be an acidophilic fungus in this study. The surface of A. bohemica cultured in AMD solutions was covered with a large number of minerals such as jarosite. We thus inferred that the A. bohemica might have the potential of biologically induced mineralization. Taking advantage of PacBio single-molecule real-time sequencing, we obtained the high-quality genome sequences of A. bohemica (50 Mbp). To our knowledge, this was the first attempt to employ a third-generation sequencing technology to explore the genomic traits of fungi isolated from AMD environments. Moreover, our transcriptomic analysis revealed that a series of genes in the A. bohemica genome were related to its metabolic pathways of C, N, S, and Fe as well as its adaptation mechanisms, including the response to acid stress and the resistance to heavy metals. Overall, our physiological, genomic, and transcriptomic data provide a foundation for understanding the metabolic potential and adaptation mechanisms of fungi in AMD environments.
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INTRODUCTION

Acid mine drainage (AMD) ecosystems include distinct environments with AMD solutions, sediments and biofilms. The AMD environments is mainly formed by oxidation of pyrite and other metal sulfides exposed to air and oxygenated water. The spontaneous formation of this process is very slow. However, the microorganisms with oxidation functions of iron and sulfur in AMD environments can greatly accelerate the oxidation processes of metal sulfides, the release of heavy metals and the production of sulfuric acid to increase rates of AMD formation (Nordstrom and Alpers, 1999; Barrie and Hallberg, 2009; Denef et al., 2010; Méndez-García et al., 2014). The AMD environments are characteristic of extremely low pH, high heavy metal and sulfate concentrations. If they were not treated, the AMD solutions will have a critical impact on our habitats after entering rivers, lakes or soils (Johnson and Hallberg, 2005; Larson, 2014). In such an extreme AMD environment, microbial communities have low diversity and simple relationships between organisms (Rothschild and Mancinelli, 2001; Denef and Banfield, 2012). Even so, during a long-term evolution, some beneficial microorganisms own special mechanisms that can cope with various extremely environmental stress such as low pH and high heavy metal concentrations. Such a complete and simple microbial system is regarded as a model system for studying microbial ecology and evolution (Denef et al., 2010). Studying microorganisms from AMD environments is conducive to develop the bioremediation and treatment strategies for AMD pollution (Chen et al., 2016).

In the past few decades, studies have shown that there are different functional groups of microorganisms in AMD environments, including bacteria, archaea, and fungi. Isolation and cultivation methods, SSU rRNA/ITS molecular marker gene sequencing and meta-omics analyses, have dramatically improved our knowledge of microbial taxa and diversity in AMD environments (Baker and Banfield, 2003; Denef et al., 2010; Chen et al., 2016; Huang et al., 2016). However, there are numerous studies on bacteria and archaea, few on fungi. As early as the mid-1970s, an acidophilic fungus named Scytalidium acidophilum (now Acidomyces acidophilus) was successfully isolated from AMD environments (Sigler and Carmichael, 1974). 18S rRNA and β-tubulin gene cloning and sequencing were used to analyze the diversity of eukaryotic microbes in AMD environments of the Richmond mine and isolated a novel fungus Acidomyces richmondensis belonging to the Dothideomycetes. This was the first combination of sequencing and fluorescence in situ hybridization (FISH) to prove the existence of specific microbial groups (Baker et al., 2004). Hujslová isolated Acidiella bohemica (Dothideomycetes, Capnodiales, Teratosphaeriaceae) (Hujslová et al., 2013) and Acidothrix acidophila, Soosiella minima, and Acidea extrema (Hujslová et al., 2014) from extremely acidic soil in the Czechia. Recently, two Penicillium isolates, strains ShG4B and ShG4C were isolated from extremely metal-rich waters at a mine in Russia (Glukhova et al., 2018). To date, more than 20 species of fungi have been isolated and cultured from AMD and other acid environments (Supplementary Table 1) (Starkey and Waksman, 1943; Sinclair and Herring, 1975; Cánovas et al., 2003; Baker et al., 2004; Hölker et al., 2004; Selbmann et al., 2008; Luo et al., 2009; Yamazaki et al., 2010; Hujslová et al., 2013, 2014; Glukhova et al., 2018). However, most of the fungi are identified with traditional morphological analysis methods. Studies on fungi of AMD environments are mainly limited to the morphological description and community composition of fungal species in pure culture. We rarely obtained the high-quality genomes of fungi isolated from AMD environments and the ecological role of fungi in molecular level is still unknown.

In extremely acid environments rich in heavy metals, the survival and reproduction of fungi require metabolic potential and a series of heavy metal and acid adaptation mechanisms (Gadd, 2007; Gadd and Raven, 2010; Oggerin et al., 2013; Mosier et al., 2016). As a major contributor in AMD environments (Gunde-Cimerman et al., 2009), fungi can adapt to low pH (pHs 0.8–1.38) and high heavy metal concentrations (up to 269 mM Fe2+, 16.8 mM Zn, 8.5 mM As, and 4.1 mM Cu), and can decompose organic carbon and directly participate in ferric or sulfate reduction processes (Ottow and Von Klopotek, 1969; Baker et al., 2004). They are also able to absorb heavy metal and organic pollutants to repair the AMD environments (Nakatsu and Hutchinson, 1988; Shiomi et al., 2004; Das et al., 2009). It is considered that covering the surface of AMD solutions with fungal hyphae is a good way to remove heavy metals (Shiomi et al., 2004). In addition, researchers obtained the A. richmondensis genome by the second-generation sequencing technology and revealed the carbon and nitrogen cycles as well as adaptation mechanisms (Mosier et al., 2016). Although progress has been made, there are still more fungi isolated from AMD environments, whose genomes, metabolic pathways, and adaptation mechanisms have not been understood. In the past, fungal genomes were generally sequenced by second-generation sequencing technology, but rarely by single-molecule real-time sequencing. In fact, single-molecular real-time sequencing can produce much longer reads than the second-generation sequencing. It can recognize the regions rich in repeat fragments in the genome, which is helpful for the assembly of de novo genome (Fraser et al., 2002; Faino et al., 2015).

Here, we used AMD solutions to culture the A. bohemica SYSU C17045 isolated from sediments that collected from Fankou Pb-Zn mine. A. bohemica was first isolated and characterized by Hujslová et al. (2013). In this study, we reported that the A. bohemica was sequenced and assembled by PacBio single-molecule real-time sequencing. Based on physiological, genomic, and transcriptomic analyses, we revealed several metabolic pathways of carbon, nitrogen, sulfur, and iron as well as potential environmental adaptation mechanisms of A. bohemica. In addition, we compared the similarities and differences between the A. bohemica genome and genomes of its closely related species. This study will enrich the database of fungal genomes and explain the metabolic potentials of A. bohemica with biologically induced mineralization potential and its extremely environmental adaptation mechanisms.



MATERIALS AND METHODS


Sample Collection, Microbial Culture, and Strain Characterization

This study was conducted in the tailings impoundment of the Fankou Pb-Zn mine, Renhua, Guangdong Province (N25°2′57.5″, E113°39′34.1″’), China. This region is a subtropical monsoon climate zone, with annual precipitation around 1,670 mm and annual mean temperature of 18°C (Huang et al., 2011). Sediment samples were collected with sterile 50 ml centrifuge tubes on April 20, 2016 and kept under refrigeration until arrival at laboratory where they were stored at 4°C before processing. AMD samples were collected with sterile serum bottles and immediately kept on ice for transport to the laboratory. After treated with phosphate buffer, sediment samples (pH 2.2) were coated on optimized 9K solid media (pH 3) for cultivation. Subsequently, the strain was isolated and purified for PCR amplification and full-length ITS sequencing, after cultured at 25°C for one month (Kuang et al., 2012). The obtained sequences were compared to the reference sequences of A. bohemica, Fodinomyces uranophilus, and Penidiella sp. (JQ172757.2, KU365882.1, and AB845352.1) as found on NCBI by using BLAST to determine the taxonomic status of this species (Altschul et al., 1997).



Morphological and Physiological Analyses

We used potato-dextrose agar (PDA) to incubate the A. bohemica and used 10 pH gradients (1–10) to identify the pH adaptability range of this strain. With 1% inoculation volume, the strain was incubated at 25°C for 7 days. We observed the growth status of this strain and determined the dry weight after centrifugation and air drying (Hujslová et al., 2013). Furthermore, AMD samples were vertically filtered through 0.8 μm and 0.22 μm polyethersulfone membrane filters, and then filtered through tangential flow with 1,000 and 30 kDa membranes to obtain the filtrate. The filtrate was added with 3% glucose to cultivate this strain for 30 days and set 3 blank control groups without inoculating this strain (Kuang et al., 2012). After removing impurities, the precipitates were performed into SEM samples to observe using the thermal field emission scanning electron microscope (Quanta 400, FEI, Netherlands) (Nguyen and Harbison, 2017), and to analyze using the X-ray spectrometer (EDS, INCA, Oxford, United Kingdom). Moreover, we used transmission electron microscopy (JEM-100CX-II, JEOL, Japan) to observe ultrathin sectioning. The precipitates were washed with sterile water to remove the culture solutions and other impurities. Then the precipitates were washed with 5% SDS and treated with ultrasonic wave, centrifuged to remove most of the cell debris. After freeze-drying and through a 300 mesh sieve, the precipitates were analyzed by X-ray powder diffractometer (Empyrean, Netherlands) (Tamura and Gilbert, 2013). Then, the X-ray diffraction pattern was analyzed using Jade 5.0 software (Li et al., 2012). After microwave digestion, metal and S elements in culture solutions were determined by the inductively coupled plasma emission spectrometer (ICP-OES, Optima 2100DV, Perkin-Elmer, United States). The concentrations of ferric ions (Fe3+) and ferrous ions (Fe2+) were determined by 1, 10-phenanthroline colorimetric method (Hill et al., 1978).



DNA Extraction, Sequencing, and Genome Analysis

We collected this strain for DNA extraction and sequencing to obtain genomic data when the growth of the strain reached in logarithmic phase. Culture solutions were centrifuged to collect this strain and then washed with sterile water for three times. The strain was manually homogenized with 500 μl 65°C pre-warmed cetyltrimethyl ammonium bromide (CTAB) buffer. Homogenized samples were incubated at 65°C for 30 min, further homogenized, and cooled on ice for 5 min. The homogenate was added with RNAase and incubated at 37°C for 15 min. An equal volume of phenol: chloroform: isoamyl alcohol (25:24:1) was added to the centrifuge tube. Samples were centrifuged for 10 min at 12,000 × g at 4°C after mixing. The aqueous supernatant was removed and an equal volume of chloroform: isoamyl alcohol (24:1) was added to the tube, mixed, and centrifuged as before. The supernatant was removed again and DNA was precipitated with 0.6X volume of isopropanol and 0.1X volume 3M CHCOONa at −20°C for 20 min, mixed, and centrifuged as before. The supernatant was removed and the pellet was washed with 70% ethanol, centrifuged for 10 min, dried. DNA was dissolved with ddH2O, mixed, and stored at −20°C (Mosier et al., 2016).

Genomic DNA was randomly broken into 500 and 800 bp by Covaris M220. We utilized the NEBNext® UltraTM II DNA Library Prep Kit for Illumina® (NEW ENGLAND BioLabs, # E7645) to construct the DNA libraries. We performed paired-end 250 bp sequencing using the Illumina Miseq sequencer and obtained a total of 9.17 Gb data. We used the SMRTbellTM Template Prep Kit (Pacific Bioscience, #100-259-100) to construct a 20 kb SMRT long library, and then used PacBio sequel platform to sequence. Based on PacBio sequel sequencing data, Falcon and Falcon-unzip (version 0.1.3) (Chin et al., 2016) were used for genome assembly. In addition, we utilized the existing highly conserved and low-copy genes to evaluate genome integrity. CEGMA version 2.5 was applied to evaluate the genomic integrity according to 248 eukaryotic core genes (Parra et al., 2007). Moreover, BUSCO (Benchmarking Universal Single-Copy Orthologs) was used for quality assessment (Simão et al., 2015). RepeatModeler was utilized to establish the transposon model to predict the repeat sequences (Saha et al., 2008). Published protein and genome sequences of 12 species were downloaded from NCBI and JGI (Supplementary Table 2). In our data set, there were species of different families (Teratosphaeriaceae and Mycosphaerellaceae affiliated with Capnodiales), orders (Capnodiales and Dothideales) and classes (Dothideomycetes), and Aspergillus niger was the outgroup. According to the feature frequency profile (FFP) method, the frequencies of 13 l-mer features were selected to construct the concept tree using the consensus toolkit in PHYLIP package. Jackknife test was used to evaluate the sampling deviation of main groups and verify the reliability of tree structure (Choi and Kim, 2017). OrthoMCL version 2.0.9 (Li et al., 2003) was used to analyze the homologous genes of four species, A. bohemica, Baudoinia panamericana, Dothistoma septosporum, and A. richmondensis. Based on sequence similarity, the OrthoMCL could classify four proteomes into ortholog groups, in-parallel groups and co-orthologs.



RNA Extraction, Sequencing, and Transcriptome Analysis

We also collected this strain for RNA extraction and sequencing to obtain transcriptomic data, when the growth of this strain reached in logarithmic phase. Total RNA was isolated by using a RNeasy plus mini kit (cat. no. 74903) according to the manufacturer’s protocol. After poly-A selection to enrich mRNA and reverse transcription to construct cDNA libraries, the Hiseq X Ten platform performed double-ended 150 bp sequencing to obtain transcriptomic data. The RNA library construction and sequencing were completed by Aiji Biotechnology Co., Ltd. (Guangzhou). For the prediction of RNA-seq data, Trinity software (version 2.8.4) was used to splice the sequence reads of transcriptome (Grabherr et al., 2011; Haas et al., 2013), and 37,996 contigs were assembled from scratch. In order to splice the transcriptomic data based on a reference genome, Tophat2 was applied to align the reads of RNA-seq to the A. bohemica genome assembly (Kim et al., 2013). Then the alignment results were assembled by using Cufflinks (Roberts et al., 2011). GeneMark-ET and Augustus of BRAKER software were utilized for de novo predictions of A. Bohemica genes, which included PASA (Program to Assemble Spliced Alignments) software regarding transcriptomic data as a training set to improve the accuracy of prediction (Haas, 2003). Finally, EVidenceModeler (EVM) was applied to integrate the above prediction results, and PASA was used to optimize the integration results (Haas et al., 2008, 2011). Combined with genomic and transcriptomic data, the expression of predicted genes was calculated by using RSEM software (Li and Dewey, 2011). Predicted genes were aligned to NCBI-nr, KOG, KEGG, and Pfam databases. The prediction and classification data of carbohydrate-active enzymes (CAZymes) came from CAZy database1, and the annotation of CAZymes was based on HMM model using dbCAN. We added eight species belonging to Hysteriales and Pleosporales according to different lifestyles to compare with the original species, and the R studio was used to cluster the CAZyme family and species, using the Euclidean distance matrix.




RESULTS


Morphological and Physiological Characteristics

We obtained 31 pure culture of fungi from sediment samples collected from Fankou Pb-Zn mine tailing, 20 of which belong to A. bohemica SYSU C17045. Taxonomically, it belongs to the family Teratosphaeriaceae (Capnodiales, Dothideomycetes, and Ascomycota). The colonies of A. bohemica, a filamentous fungus, slowly grew and centrally heaped. In acidic 9 k medium, the mycelia were composed of separated, colorless or pale brown hyphae. The conidia were formed by fragmentation and they were oblong or swollen with truncated ends (Figures 1A,B). The result of pH adaptability experiment showed that A. bohemica SYSU C17045 could grow in the range of pH 2–8, among which pH 3 was the most suitable for growing of this strain, but pH 1, pH 9–10 were inhibited (Supplementary Figure 1).
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FIGURE 1. Micro morphology of A. bohemica (A,B), SEM micrographs (C,D), and TEM micrographs (E,F). (A,B) The mycelial morphology of A. bohemica. (C) Particles deposited on the fungal hyphae. (D) Acicular precipitates gathered. (E) Mineralization started on the surface of the fungal cell wall. (F) The fungal cell was completely surrounded by minerals.


Since A. bohemica was inoculated with AMD solutions and glucose liquid, it grew and propagated in a good trend in early stage, and the surface of colonies appeared dark brown and black. In addition to the clumped colonies in the liquid medium, a part of colonies grew on the wall of the erlenmeyer flask. Ten days later, yellow substances could be seen on the surface of colonies. After that, no obvious growth and reproduction of colonies were observed. Twenty-five days later, a large amount of yellow substances could be observed on the surface of colonies. Nevertheless, there were still some brown-black colonies that were exposed and unwrapped. After 50 days of cultivation, the colonies were clearly wrapped with yellow substances. Taken out a part of yellow substances and poked with a bamboo stick, they were very tightly bound with this strain, and the yellow substances did not dissolve under acidic conditions. It could be seen from the results of SEM that some fungal hyphae had some particles on the surface (Figure 1C) and some were attached with a large number of acicular precipitates (Figure 1D). In TEM micrographs, mineralization started on the surface of the fungal cell walls, and then cells were completely surrounded by minerals (Figures 1E,F). The physiological analysis of the culture solutions showed that compared with the non-inoculated control, the Fe elements in the culture solutions were greatly reduced by 20.7%, and the S and Ca elements were also significantly reduced (Supplementary Table 3).



Express Genes of Environmental Adaptation in A. bohemica

In this study, we obtained the whole genome data of A. bohemica (Figure 2). The primary contigs included 62 contigs. Among them, the total length of primary contigs was 26.8 Mbp, of which N50 was 1.16 Mbp and the longest primary contigs was 2.1 Mbp. Besides, the GC content of primary contigs was about 56.9%. The A. bohemica genome included 10,985 predicted genes (Supplementary Table 4), compared to the A. richmondensis genome of 26.8 Mbp with 10,352 genes (Mosier et al., 2016). The quality of genome assembly of A. bohemica is better than that of A. richmondensis. We performed two different methods to assess the completeness of the A. bohemica genome. One was that the existing 248 eukaryotic orthologous genes could be divided these genes into four groups according to their conservativeness. More than 93.0% genes in primary contigs could be completely aligned to these four groups of gene sets. The assessment of the full genome reached 97.6% completeness. Another was based on a database analysis of ascomycete single-copy orthologous genes. The database contains 1,315 ubiquitous single-copy genes. A total of 1,260 complete genes were found in primary contigs. The assessment of the full genome reached 97.8% completeness. These results have confirmed a high completeness of our genome assembly. In de novo prediction, GeneMark software predicted a total of 10,001 genes, and Augustus software predicted a total of 10,127 genes. A total of 86.2% of the transcriptomic data were aligned to the whole genome and 79.1% of the sequences could be aligned to the primary contigs using Tophat2. A total of 5,912 transcripts were assembled by Cufflinks. Besides, Trinity and PASA predicted a total of 10,846 genes. After integration and optimization by EVM and PASA respectively, the number of predicted genes in primary contigs was 10,985, and predicted genes in haplotigs were 9,212. Gene annotation and metabolic analysis were mainly aimed at primary contigs. A total of 90.7% of the predicted genes were homologous with reference genes in the NCBI-nr database; 82.2% had corresponding KOG annotation information in the KOG database, and 35.7% could be assigned to the corresponding KEGG pathways in the KEGG database.
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FIGURE 2. Graphical map of the A. bohemica genome.



Carbon, Nitrogen, and Sulfur Cycling

Enzymes involved in their decomposition show significantly functional diversity, due to the huge structural and functional diversity of complex carbohydrates (Supplementary Table 5). The genome harbored a total of 520 CAZymes comprising 100 glycosyltransferases (GTs), 239 glycoside hydrolases (GHs), 100 carbohydrate esterases (CEs), 2 polysaccharide lyases (PLs), 40 Auxiliary Activities (AAs), and 39 carbohydrate-binding modules (CBMs), as well as 45 cellulase genes (families GH1, GH3, GH5, GH6, GH7, GH12, GH30, and GH45). Furthermore, a great many of genes in the A. bohemica genome are required for the metabolism of fructose, mannose, galactose, starch, and sucrose. According to the KEGG annotation results, GHs mainly contain alpha-glucosidase (GH31), beta-glucosidase (GH1 and GH39), glucoamylase (GH15), alpha-amylase (GH57), endoglucanase, and glycogen debranching enzyme. The genome also contains genes encoding glycerol-3-phosphate dehydrogenase and glycerol kinase. In addition, the genome encoded Embden-Meyerhof (EMP) pathway, pentose phosphate pathway and tricarboxylic acid cycle (TCA). We also found many enzymes related to respiratory chain in the genome (Supplementary Table 5). Thus, A. bohemica may decompose a variety of macromolecular carbon to obtain carbon source in oligotrophic AMD environments.

Likewise, we found the nitrate reductase gene (NR) and nitrite reductase gene (NIT-6) involved in the nitrate assimilation in A. bohemica genome (Supplementary Table 5). Besides, glutamate synthase gene (GLT1) and glutamine syntheta gene (glnA) were also predicted in A. bohemica genome, but no genes related to nitrogen fixation were identified. The A. bohemica genome also encoded the cytochrome P450 nitric oxide reductase (P450nor), but no nitrite reductase (NirK, which catalyzes the formation of nitrite to NO) in denitrification pathway was found. Transcriptomic data showed that all above the predicted genes had transcriptional activity.

The related genes encoding the enzymes involved in assimilation sulfate reduction were found in A. bohemica (Supplementary Table 5), comprising sulfate adenylyltransferase (sat), adenylylsulfate kinase (cysC), phosphoadenosine phosphosulfate reductase (cysH), sulfate reductase (NADPH) flavoprotein alpha-component (cysJ), sulfite reductase (NADPH) hemoprotein beta-component (cysI), cysteine synthase A (cysK), etc. In addition, transcriptional results provided evidence that these genes might play an important role in sulfur metabolism due to their high expression level.



Iron Transformation

The A. bohemica genome possessed a wide range of metal transporters aiming at iron (Supplementary Table 5). Iron in the reduced state could be absorbed through a high- or low-affinity system on the plasma membrane of A. bohemica. In A. bohemica, the high-affinity system consisted of iron transport multicopper oxidase (Fet3) and high-affinity iron transporter (Fth1). Their transcriptional activities were high, with FPKM values of 571 and 775, respectively. Ferrous iron was the only known substrate of this complex. A. bohemica also encoded copper chaperone (Atx1) and Cu2+-exporting ATPase (Ccc2) to supply oxidation activity for Fet3 by delivering free copper ions. The high-affinity system was composed of low-affinity ferrous iron transport protein (Fet4) and metal iron transporter (Smf). Smf1 is mainly a manganese transporter on the membrane, but it can also transport iron and cobalt. Fet4 is not specific, which can transport not only iron, but also zinc, copper, and calcium. In addition, many iron transporters were also found in vacuoles, including vacuolar Fe2+/Mn2+ transporter (Ccc1), ferric reductase (Fre6), iron transport multicopper oxidase (Fet5), high-affinity iron transporter (Fth1), and metal iron transporter (Smf3). Fet5, Fth1 and the high-affinity ferrous transport complex (Fet3 and Ftr1) on the plasma membrane are paralogous proteins. These proteins or enzymes in vacuoles did not specifically transport iron, but also zinc, copper, and manganese. There were many iron transporters in mitochondria, containing mitochondrial iron transporter (Mrs4), frataxin (Yfh1), glutaredoxin 3 (Grx3), monothiol glutaredoxin (Grx5), and iron-regulated transcriptional activator (Aft2).



Response to Acid Stress

Under the stress of low pH, the A. bohemica genome encoded KUP system potassium uptake protein, cation transporters, H+ transporting ATPases, Na+/H+ exchanger, and several symporters. For example, general alpha glucoside is a H+ and urea-proton symporter that can prevent the inflow of protons and pump excess protons out of the cells. Transcriptomic data indicated that H+ transporting ATPases may be the most active (FPKM value is 1,243). Moreover, the genome also encoded the low-affinity H+/Pi symporters (PHO87) and the high-affinity H+/Pi symporters (PHO84). In addition, the genome encoded the high-affinity Na+/Pi symporter (PHO89) and the low-affinity phosphate transporter (PHO91) on the vacuole membrane, which is essential for the storage and usage of polyphosphates. Propionyl-CoA and acetyl-CoA synthetases encoded in the genome were helpful for the degradation of organic acids. The A. bohemica genome contained several genes related to DNA and protein repair. Many genes encoded chaperones, including dnaK, dnaJ, ASF1, hscB, GRPE, PSMG3, and HSP90A. Among them, dnaK and HSP90A have the highest transcriptional activity. The existence of these genes may be related to the maintenance of intracellular pH balance (Supplementary Table 5).



Heavy Metal Transport and Detoxification

Acidiella bohemica encoded numerous genes related to heavy metal transport and detoxification to resist extremely environmental stress, such as a variety of heavy metal transporters, including copper transporter, magnesium transporter (ALR and MRS2), zinc transporter, arsenite efflux transporter (ArsB), and arsenite transporter (ACR3 family). They transported metal ions from the cytoplasm to the outside of cells. Some proteins related to detoxification also found in the genome, such as arsenical resistance protein (ArsH), arsenate reductase (Arc2), arsenite-translocating ATPases (ArsA), mercury reductase and cyanate lyase (cynS). Among them, the transcription activity of the gene encoding ArsA is relatively highest (FPKM value is 1,204) (Supplementary Table 5).




Comparison of Genomes

As could be seen in Supplementary Figure 2, among the species with published genomes, A. bohemica and B. panamericana were closest to each other. The Teratosphaeriaceae family gathered into one branch, while the Mycosphaerellaceae family gathered into another. By comparison, the A. bohemica genome size and number of genes were larger than most species. In the A. bohemica genome, genes with different cell functions in large quantity were involved in post-translational translation, protein conversion, molecular chaperones and carbohydrate transport and metabolism. In gene composition, A. bohemica was closest to B. panamericana (Figure 3). Both of them had the same functional genes in the mechanisms of resistance to acid environment and heavy metal stress, indicating that their living niche might be the closest. In general, the abundance ratios of various types of genes in these species were not much different. Compared with other species, A. bohemica had the largest number of genes in information storage and processing. Moreover, A. bohemica also has more genes related to intracellular trafficking, secretion and vesicular transport, as well as inorganic ion transport, which may indicate that it has an important role in the absorption and transformation of nutrients in AMD environments. By comparative analysis of gene families, we found that four species harbored 5,966 homologous gene families that were mostly related to basic metabolism, indicating that these fungi were similar to A. bohemica (Supplementary Figure 3). Besides, A. bohemica had 162 unique gene families, most of which were predicted proteins encoding unknown functions. Some of these gene families had high transcriptional activities (FPKM reaches more than 100), and the eight families were annotated as encoding CAZymes.
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FIGURE 3. KOG classification of A. bohemica and five related fungi. Hierarchical clustering and heat map colors are based on percentage out of total number of proteins identified in the genome. The absolute number of proteins is given as labels.


When we compared the A. bohemica genome with eight genomes of related species, the CAZyme family with the largest number of genes also exists widely in other species, such as GH3 and GH18. The A. bohemica genome does not contain a unique GH family, but GH7 and GH62 are slightly more than other species. A. bohemica showed more than the average number of genes encoding CAZyme among the compared genomes (Supplementary Figure 4). A. bohemica, B. panamericana, and A. richmondensis were more similar to other species in carbohydrates degradation (Figure 4). They differed from others belonging to Capnodiales in CBM1, AA7, GH109, GH62, GH6, GH27, and GH127. Obviously, Capnodiales and Hysteriales as well as Pleosporales are divided into two groups, based on CAZymes acting on degradation of cellulose, such as AA9. Hysteriales and Pleosporales had an average of 25 genes (maximum is 31, minimum is 20), while Capnodiales had only 1–3 genes. In addition to AA9, CBM1, AA7, CBM18, CBM50, GH45, GH7, and GH64 also showed the difference between the two groups. In addition to the differences in the main systematic classification of these taxa, the obvious difference was that Capnodiales had mostly hemibiotrophs (starting with live vegetative stage, and killing the plant host later) or biotrophs (forming a good connection with host plants and feeding on it). A. bohemica, B. panamericana, and A. richmondensis are all saprotrophs (decomposing dead organisms to obtain nutrients), while Hysteriales and Pleosporales are mostly necrotrophs (killing host plant cells and obtaining food sources). Therefore, we found that genes encoding carbohydrates degradation might be related to different lifestyles of fungi, such as the degradations of cellulose, xylan and pectin.
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FIGURE 4. Heat map of CAZyme families in the Dothideomycetes. Both the CAZyme families and the species are hierarchically clustered. The clustering of organisms largely follows the phylogeny. The hemibiotrophs (orange) and saprotrophs (purple) within the Capnodiales cluster together, and the necrotrophs (green) within the Hysteriales and Pleosporales cluster together.





DISCUSSION


Morphological Comparison and Biologically Induced Mineralization

In this study, A. bohemica, isolated from extreme AMD environments, is allied to Dothideomycetes, Capnodiales, and Teratosphaeriaceae in classification. It has been reported that Dothideomycetes was one of the largest fungal groups on the earth, with a high level of ecological diversity, including a large number of plant pathogens and a variety of infection host species (Ohm et al., 2012). The morphological analysis indicated that A. bohemica was a filamentous fungus, which was reproduced by conidia. The morphological characteristics of A. bohemica were basically consistent with those of the same species isolated from acid soil of coal mine (Hujslová et al., 2013). Phylogenetic and homologous analyses manifested that A. bohemica was closest related to B. panamericana. Both species belong to the same family (Teratosphaeriaceae). B. panamericana is a saprophytic fungus that can survive in extreme environments, inhabiting in various exposed substrates near cellar warehouses and commercial bakeries, where the ethanol vapor in the environment is conducive to its colonization (Scott et al., 2007). In addition to the great differences in habitat, both of their morphological characteristics were also diverse, which were mainly manifested in the shape of colonies and the color of hyphae (Scott et al., 2016). As far as we know, extreme acidophilic fungi grow optimally at pH <3, while moderately acidophilic fungi grow optimally at pH 3–5. The results of pH adaptability experiment confirmed that A. bohemica could grow optimally at pH 3, which could be classified as a moderate acidophilic fungus (Supplementary Figure 1). As another related species of A. bohemica, A. richmondensis is also an acidophilic fungus and isolated from AMD biofilms, optimally growing at pH 2–5. Different from A. bohemica, A. richmondensis has dark hyphae with a few branchings (Mosier et al., 2016). These proved that A. bohemica might be distinct from other species in morphology, although it was closely related to other species. However, morphological differences are of little significance as a basis for distinguishing A. bohemica and its related species in this study.

The results of simulated culture showed that the yellow precipitates formed during growth of A. bohemica contain high contents of iron, S, and K elements, which are the components of jarosite, a common mineral in AMD environments. Compared with non-inoculated control, the Fe elements in the culture solutions were greatly reduced by 20.7%, and the S and Ca elements were also remarkably reduced. Sulfide precipitation tends to remove more metals than hydroxide precipitation, because the solubility of sulfide is usually lower than that of hydroxide in a certain pH range. According to the XRD test results, we presumed that the precipitates were jarosite, copper hydroxide phosphate, gypsum, and anhydrite. Thus, we speculated that A. bohemica might have the potential of biologically induced mineralization. Biologically induced mineralization usually occurs when organisms change their local microenvironment through metabolic activities, or only due to the cell components such as cell walls, extracellular polymers or even spores, which produce charged surfaces as adsorption sites for ions from the environments, resulting in the nucleation and growth of minerals (Oggerin et al., 2013). In this study, A. bohemica seems to grow very slowly. Only some needle like substances are on the cell surface after a month; while in the study of Oggerin et al. (2013), the fungal cell surface can be wrapped with thick minerals. Moreover, our XRD test results failed to have a good result, which may be due to the excessive organisms in the precipitate, causing the poor crystalline state of the minerals.



Metabolisms of Carbon, Nitrogen, and Sulfur

The results of gene prediction and functional annotation we obtained confirmed that there are many genes encoding CAZymes in the genome. Enzymes involved in carbohydrate decomposition show remarkably functional diversity. A great many of genes participating in the hydrolysis fructose, mannose, galactose, starch, and sucrose were found in the A. bohemica genome (Supplementary Table 5). These genes play a key role in the hydrolysis of sugars in oligotrophic AMD environments, which is common in AMD microorganisms. For instance, the first-documented acidophilic archaeon, Sulfolobus acidocaldarius (Brock et al., 1972), Sulfolobus solfataricus (Zillig et al., 1980), and the related species, A. richmondensis (Mosier et al., 2016) were confirmed that they can grow on complex organic substrates such as mono-, dis-, and polysaccharides. Furthermore, A. bohemica genome encoded the EMP pathway, the pentose phosphate pathway, the TCA and the glyoxylate bypass in aerobic respiration for degradation of organic acids to obtain energy. In fact, most bacteria and archaea in AMD environments can use the reductive TCA cycle for carbon assimilation, such as the phylum Aquificae (Hügler et al., 2007) and a new deltaproteobacterial order Candidatus Acidulodesulfobacterales (Tan et al., 2019). However, few acidophilic fungi (belong to the order Capnodiales) can perform the reductive TCA cycle. The mainly probable reason is that they have different nutritional patterns. The former is obligate or facultative autotroph, while the latter (belong to the order Capnodiales) is heterotrophic (Barrie and Hallberg, 2009). In general, the A. bohemica can decompose macromolecular carbon to obtain energy for life activities.

Nitrate is an important inorganic nitrogen source available to microorganisms. A. bohemica can participate in the nitrate assimilation, but nitrogen fixation cannot be carried out. In A. bohemica, glutamate can form glutamine under the catalysis of glutamine synthetase (glnA) with NH4+ produced during the assimilation of nitrate. Glutamine will become the source of amino acids in biosynthesis, ultimately it will be involved in the synthesis of nucleic acids and proteins in microorganisms. A. bohemica has a P450nor protein that is one of the key enzymes in denitrification pathway of fungi for catalyzing NO to form N2O. But no nitrite reductase, such a NirK (catalyzing the formation of nitrite to NO), in denitrification pathway has been found. However, the genes encoding NirK and P450nor are expressed in A. richmondensis (Mosier et al., 2016). In the past, many fungi have been confirmed to have obvious denitrification activity (Shoun et al., 1992). The most significant feature of fungal denitrification system is P450nor involved in the reduction of NO to N2O. Fungi can utilize the nitrite produced by nitrate reduction in the assimilation pathway for denitrification, which generally does not generate N2 (Shoun et al., 2012). Therefore, we conjectured that A. bohemica could potentially conduct the nitrate assimilation and denitrification.

Sulfate is the main form of sulfur in nature, readily assimilated by organisms. SO42– is reduced to sulfide and ultimately integrated into cysteine in the pathway of sulfate assimilation. A. bohemica has related genes encoding the enzymes involved in assimilation sulfate reduction (Supplementary Table 5). These genes are also found in the transcriptomic data. In A. bohemica, two sulfate-activating enzymes, sulfate adenylyltransferase (sat) and adenylylsulfate kinase (cysC), catalyze the activation of sulfate to adenosine-5′-phosphosulfate (APS) and then to 3′-phosphoadenosine 5′-phosphosulfate (PAPS). Phosphoadenosine phosphosulfate reductase (cysH) and sulfate reductase (NADPH) flavoprotein and hemoprotein (cysJ and cysI) engaged in the reduction of PASA to sulfite and then to S2–. Finally, S2– is incorporate into cysteine, which is encoded by cysteine synthase A (cysK) (Leyh, 1993; Marzluf, 1997). Cysteine plays a critical role in the synthesis of methionine, whereas both of them are essential for the growth and activities of all cells. Thus, sulfate assimilation is significant for the synthesis of cysteine and methionine. In addition, no genes related to dissimilatory sulfate reduction and sulfur oxidation were found in A. bohemica. Dissimilatory sulfate reduction usually occurs in obligate or facultative anaerobes (Barrie and Hallberg, 2009), such as Ca. Acidulodesulfobacterales (Tan et al., 2019). Therefore, A. bohemica is not an anaerobic fungus and does not have the ability to oxidize sulfur.



Iron Metabolism

Iron has great significance in the growth and reproduction of microorganisms, normally existing in the form of heme and iron-sulfur clusters. However, the distribution of iron in the environment is not uniform. There may be competition with other microorganisms, which leads to the disproportionate dissolution and absorption of iron (Robinson et al., 2021). Generally, there are two methods of iron uptake: reductive and non-reductive uptake systems on the surface of fungal cells. Non-reductive uptake system is dependent on siderophore-iron chelates, which is widespread in most of fungi, for example, the two subclasses of Ascomycota including Neurospora crassa (Euascomycetes) and Candida albicans (Hemiascomycetes). They can synthesize and secrete siderophore to specifically binding to ferric iron (Kosman, 2003). Nevertheless, there is no gene related to non-reductive uptake system that has been found in the A. bohemica genome. The A. bohemica genome encoded genes related to the reductive systems of iron uptake (Figure 5). Ferric iron in the external environment is first reduced to absorbable ferrous iron by the Fre on the plasma membrane. Before being absorbed, ferrous iron needs to be oxidized, which requires oxidizing activity of Fet3. Then ferric iron is transferred to the cytoplasm through permease Ftr1. After transported into the cells, excess Fe3+ are stored in the vacuoles, which may interact with amino and polyphosphoric acids. Ccc1 on the vacuolar membrane transports iron and manganese exclusively. The transporters associated with iron on the vacuole membrane are similar to the plasma membrane system. Before transported out of vacuoles, the iron needs to be reduced by Fre6. In general, Fet5/Fth1 and Smf3 can transport the ferrous iron reduced by Fre6, impelling iron from vacuole into cytoplasm. In this process, the presence of Fre6 also indicates that the iron in vacuoles is in the form of ferrous. Vacuoles are the places where many metal ions are stored, including iron, zinc, copper, and manganese. Large amounts of iron may also be stored through Mrs4 in the mitochondria that require Yfh1, Grx5, and glutathione to synthesize iron-sulfur clusters. Yfh1 can be conducive to form polymers of up to 60 subunits, consuming more than 3,000 iron atoms (Kaplan et al., 2006; Philpott, 2006; Ramos-Alonso et al., 2020). The A. bohemica genome also encoded Aft, which is regarded as the regulator of iron balance.


[image: image]

FIGURE 5. Metabolic abilities associated with putative iron utilization pathway (green), stress response (blue), and other metal transporters (yellow) of A. bohemica based on the genes predicted from its draft genome.




Mechanisms of Response to Extreme Environment


Response to Acid Stress

Acid mine drainage is an extreme acid environment and low pH will threaten the growth of microorganisms (Rothschild and Mancinelli, 2001; Huang et al., 2016; Distaso et al., 2020). In order to adapt to acid stress, microorganisms will form a series of defense mechanisms to regulate intracellular pH, K+, and Na+ concentration. A. bohemica maintains intracellular pH homeostasis in the following ways: (1) positive potential in the cell membrane caused by K+ influx; (2) transport extra protons outside the cell through ATPase, antiporter, and cotransporter (Supplementary Table 5); (3) cytoplasmic buffering (such as glutamic and phosphoric acids); and (4) degradation of organic acids. Generally, the potential inside the cell membrane is negative at resting state of cells, and the potential outside the membrane is positive. Eosinophils may be able to prevent the inflow of protons by the opposite membrane potential, which is mainly generated by the influx of potassium ions (Tyson et al., 2004; Baker-Austin and Dopson, 2007). The genomic and transcriptomic data confirmed that A. bohemica has the proton efflux systems to pump excess protons out of the cells for maintaining pH balance. The buffering effect of the cytoplasm is capable of maintaining the intracellular pH. Firstly, the buffering effect of the cytoplasm can remove or release H+. For example, glutamate in cells conducts decarboxylation under the glutamate decarboxylase to release H+. The other buffer is H3PO4 (pKa = 7.2). The A. bohemica genome encoded Pho84, Pho87, Pho89, and Pho91 on the vacuole membrane, which are essential for the storage and usage of polyphosphates (Chen et al., 2015). Organic acids (such as acetic and lactic acids) are harmful to cells because they inhibited the respiratory chain at low pH (Ciaramella et al., 2005). The A. bohemica genome encoded propionyl-CoA synthase and acetyl-CoA synthetases to degrade organic acids for pH stability (Baker-Austin and Dopson, 2007). The A. bohemica genome contains genes related to DNA and protein repair. The existence of these genes may be related to the maintenance of intracellular pH balance. Chaperones can repair DNA and protein damage caused by low pH.



Transport and Detoxification of Heavy Metals

Ordinarily, there are two mechanisms of fungi tolerance to heavy metals: extracellular and intracellular sequestration. Extracellular mechanisms prevent metals entry by biosorption or releasing organic molecule to chelate metal ions. In the intracellular mechanism, heavy metals are combined with metal transport proteins or other ligands to extrude metal ions from the cytosol out of the cell or by transporting metal ions into vacuolar (Anahid et al., 2011; Chan et al., 2018; Glukhova et al., 2018). In A. bohemica, the second mechanism is found to adapt to the environment of high heavy metal concentration. A. bohemica genome encoded proteins related to some heavy metals resistance mechanisms to resist extreme environmental stresses, such as a variety of heavy metal transporters (Supplementary Table 5). They transport metal ions from the cytoplasm to the outside of the cell. Some proteins related to detoxification reactions were also found in the genome. The presence of these proteins infers that A. bohemica may have adaptability in AMD environments with high content of heavy metals.





CONCLUSION

In this study, we isolated and cultured A. bohemica from an AMD environment. The whole genome of A. bohemica was sequenced by PacBio single-molecule real-time sequencing. It was the first time to release on the genomic traits of this acidophilic fungus. Our study indicated that A. bohemica might have the ability of biologically induced mineralization. Genomic traits in response to low pH and heavy metals confirm its unique tolerance mechanism enabling the A. bohemica to survive across extremely environmental stresses. Meanwhile, we reconstructed the C, N, S, and Fe metabolic pathways to reveal the life process of A. bohemica based on genomic and transcriptomic data. These findings broaden our understanding of the acidophilic fungi, A. bohemica in AMD environments from the aspects of morphology, physiology and genome. In the future, we look forward to such a study route can be helpful for the identification of microorganisms in AMD environments.
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The remediation of uranium (U) through phosphate-solubilizing bacteria (PSB) is an emerging technique as well as an interesting phenomenon for transforming mobile U into stable minerals in the environment. While studies are well needed for in-depth understanding of the mechanism of U(VI) immobilization by PSB. In this study, two PSB were isolated from a U-tailing repository site. These bacterial strains (ZJ-1 and ZJ-3) were identified as Bacillus spp. by the sequence analysis of 16S ribosomal RNA (rRNA) genes. Incubation of PSB in liquid medium showed that the isolate ZJ-3 could solubilize more than 230 mg L–1 P from glycerol-3-phosphate and simultaneously removed over 70% of 50 mg L–1 U(VI) within 1 h. During this process, the rapid appearance of yellow precipitates was observed. The microscopic and spectroscopic analysis demonstrated that the precipitates were associated with U-phosphate compound in the form of saleeite-like substances. Besides, scanning electron microscopy coupled with energy-dispersive X-ray (SEM-EDS) and Fourier transform infrared spectroscopy (FTIR) analysis of the precipitates confirmed that the extracellular polymeric substances (EPS) might also play a key role in U sequestration. Furthermore, SEM and FTIR analysis revealed that part of U(VI) was adsorbed on the bacterial surface through cellular phosphate, hydroxy, carboxyl, and amide groups. This study provides new insights into the synergistic strategies enhancing U immobilization rates by Bacillus spp. that uses glycerol-3-phosphate as the phosphorus source, the process of which contributes to harmful pollutant biodegradation.
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INTRODUCTION

Anthropogenic activities such as uranium (U) mining activities, primarily associated with decades of nuclear fuel production and weapon making (Basu et al., 2014), have left considerable hazardous U waste, causing the release of U into the environments. As a radioactive element, U could be accumulated in the human body through the food chain, and its potential chemical and radioactive toxicity can pose adverse effects on the environment and threaten the public health (Pan et al., 2015). Considering its easy migration from waste repositories and long-term contamination of the environment, the presence of U in radioactive wastes has raised global attention. Therefore, it is important to focus on developing efficient remediation and long-term management strategies regarding increasingly severe U contamination.

Researches over the past decade have focused more on U bioreduction processes, which play an important role in U bioremediation (Llorens et al., 2012). However, bioreduction of U(VI) has been shown to occur optimally above pH 7, and its product is easily reoxidized to mobile U(VI) in the presence of oxygen and more slowly oxidized under nitrate-reducing conditions by nitrite or Fe(III) oxyhydroxides (Beazley et al., 2009). Recently, U-phosphate biomineralization has been considered as a potential alternative and an attractive remediation strategy due to its several advantages. Uranyl phosphate minerals are sparingly soluble in a wide range of pH value and remain stable for long periods of time (Beazley et al., 2011). Additionally, compared to U bioreduction process, the process of U-phosphate biomineralization is faster, as it can remove U(VI) from the solution within a week, while U bioreduction process usually needs over 2 weeks. In addition, biological reduction requires the creation of an anaerobic environment, while biomineralization can take place in an aerobic environment. Thus, biomineralization may be suitable for in situ and real-time remediation on large areas of hazardous U contaminated waste.

Biomineralization remediation of U-polluted areas by using microorganisms such as phosphate-solubilizing bacteria (PSB) is an emerging area (Choudhary and Sar, 2011; Sousa et al., 2013; Yung and Jiao, 2014; Liang et al., 2015). PSB release organic acids and/or express phosphatase enzymes to liberate inorganic phosphate (Pi) from inorganic phosphate/organophosphate substrates that precipitate U as uranyl phosphate minerals, such as autunite [Ca(UO2)2(PO4)2], chernikovite [H2(UO2)2(PO4)2], saleeite [Mg(UO2)2(PO4)2], and ankoleite [K2(UO2)2(PO4)2] (Song et al., 2019). The biomineralization of U was first observed on Citrobacter sp. (Macaskie et al., 1992). Since then, various bacteria, including Bacillus sp. (Tu et al., 2019), Rahnella sp. (Beazley et al., 2009), Rhodanobacter A2-61 (Sousa et al., 2013), Pseudomonas aeruginosa (Choudhary and Sar, 2011), and Acinetobacter sp. (Sowmya et al., 2014), have been found to be able to solubilize phosphate substrates and therefore enhance the remediation of U with phosphate amendments. Besides, bacteria have high surface-to-volume ratio, and some PSB surfaces have numerous organic functional groups such as phosphate, carboxyl, hydroxyl, and amide groups (Beveridge and Murray, 1980), which can bind U(VI) onto the cell surface.

PSB are ubiquitous in soil. Bacillus spp. have the characteristics of phosphate-solubilizing ability, strong environmental tolerance, and large surface area, which contribute to the precipitation of heavy metals (Aka and Babalola, 2016; Song et al., 2019). Notably, Bacillus thuringiensis strains, isolated from U-contaminated soil samples in Xinjiang, China, have shown high potential for U(VI) removal and have been used for remediation (Pan et al., 2015). However, the mechanisms of U(VI) immobilization by these microorganisms are inconsistent in a number of existing studies. A previous study (Tu et al., 2019) showed that U could be biomineralized on Bacillus sp. dw-2 as UO2HPO4⋅4H2O or (UO2)3(PO4)2⋅4H2O, while another research implied that U(VI) was initially adsorbed on the B. thuringiensis surface and then stabilized by the formation of needle-like amorphous U compounds (Pan et al., 2015).

To date, a majority of studies investigating phosphate-solubilizing bacteria for U remediation have focused on the formation of stable U-phosphate minerals (Sowmya et al., 2014). However, the resistance of PSB to U and the effects of the presence and activity of PSB on U immobilization through synergistic mechanisms are not well understood, impeding the understanding of interactions between U and PSB. In this paper, two indigenous Bacillus spp. were isolated from a U-tailing repository site in Fuzhou, Jiangxi province of China, and the interactions between U and Bacillus spp. were investigated. The purposes of this study were (1) to isolate U-tolerant PSB and evaluate their phosphate-solubilizing capacity and the process mechanism, (2) to explore the efficacy of U(VI) removal and immobilization ability of Bacillus spp., and (3) to study the interaction mechanism between U and Bacillus spp. Overall, an environmentally effective method to mitigate U pollution using indigenous PSB is proposed, and synergistic strategies of uranium immobilization by Bacillus spp. are postulated. This research broadens the general understanding of U immobilization and can serve as the foundation for future in-depth research on biomineralization processes.



MATERIALS AND METHODS


Materials and Site Description

Samples used in this research were collected from an open-pit U-tailing repository site, located in Fuzhou (27.25°–27.56°N, 115.49°–116.17°E), Jiangxi Province, the southeast of China. This region was one of the main U mining areas in China due to the presence of China’s largest volcanic-type U ore field. The soil samples were collected from 5 to 15 cm of the upper surface in July 2019. The collected samples were immediately stored at approximately 4°C for transportation to the laboratory and remained sealed until bacteria isolation.



Isolation of Phosphate-Solubilizing Bacteria

Three groups of soil samples (10 g) were cultivated in 100 ml Luria–Bertani (LB) medium after being passed through a 40-mesh sieve and then shaken at 120 rpm for 24 h. In order to isolate the PSB, a serial dilution assay was carried out, and 100 μl of diluted suspension was plated on Pikovskaya’s (PVK) agar medium (Pikovskaya, 1948). Plates were incubated at 30°C for 4–7 days. Later, the colonies were selected from the plates according to the appearance of clear halos around the colonies and were further transferred to the National Botanical Research Institute’s phosphate (NBRIP) growth medium containing (per L) 10 g glucose, 5 g Ca3(PO4)2, 5 g MgCl2⋅6H2O, 0.25 g MgSO4⋅7H2O, 0.2 g KCl, 0.1 g (NH4)2SO4, and 2.0% agar (Nautiyal, 1999). After purification, each strain was maintained in nutrient broth (NB) agar and preserved under refrigerated (4°C) condition for further study.



Molecular Identification of the Isolates

The bacterial strains were identified by 16S ribosomal RNA (rRNA) gene sequencing, after DNA amplification using the universal primers 27F (5′-AGAGTTTGATCCTGGCTCAG-3′) and 1492R (5′-GGTTACCTTGTTA CGACTT-3′) as previously described by Das et al. (2014). Prior to sequencing, PCR products were purified with Gel Extraction Kit (Sangon, China) as per the manufacturer’s instructions. Purified PCR products of 16S rRNA gene were sequenced, analyzed, and submitted to the National Center for Biotechnology Information (NCBI) GenBank database using BLASTN algorithm to identify the most similar 16S rRNA gene. Multiple sequence alignment and data analysis were conducted using MEGA 6.0 software, and a phylogenetic tree was constructed by neighbor-joining method. Nucleotide sequences of the two isolates ZJ-1 and ZJ-3 used in this study were then deposited in GenBank (NCBI) with accession numbers MW793405 and MW793406, respectively.



Evaluation of Phosphate-Solubilizing Ability of PSB Strains

The PSB isolates were further studied using insoluble Ca3(PO4)2 in NBRIP broth medium for their ability to solubilize P. Two milliliters preinoculum of PSB grown for 24 h in liquid nutrient medium was transferred to a 250-m Erlenmeyer flask containing 100 ml NBRIP broth medium and then incubated for 14 days at 30°C. Sterile NBRIP medium served as the control in these experiments. The initial pH of the medium was adjusted to 6.5. All experiments were performed in triplicate, and the errors were calculated to be < 5%. The homogenized suspensions were collected periodically to assess pH and P concentrations (Teng et al., 2019a). The PSB cultures were filtered [0.22 μm, polyvinylidene fluoride (PVDF)] prior to P concentration analyses. The concentration of P released into the solution was measured by the molybdenum-blue method of Murphy and Riley (1962).



Bioprecipitation of U

Experiments with two phosphate-solubilizing bacterial strains were conducted at pH 7.0 (adjusted with 0.1 M NaOH or 0.1 M HCl). Triplicate flasks each containing 100 ml NBRIP liquid medium supplemented with 10 mM glycerol-3-phosphate (G3P) as the phosphorus source were inoculated with approximately 108 cells ml–1. Prior to inoculation, two strains were grown in NB broth at 30°C for 24 h. Cells in logarithmic phase were harvested by centrifugation (5,000 rpm for 20 min), then washed twice with isotonic saline solution (0.85% NaCl), and gently resuspended in liquid medium. A control experiment was also performed in parallel with uninoculated medium. All flasks were incubated at 30°C with shaking at 150 rpm, then amended with U (50 mg U L–1 as uranyl nitrate solution) and 10 mM NaHCO3 after 35 h of incubation to minimize loss of cell viability due to U toxicity. Subsamples were aseptically withdrawn at regular intervals to determine (i) optical density at 600 nm (OD600), (ii) orthophosphate concentration, (iii) pH, and (iv) soluble U concentrations. Besides, bacterial cells in the supernatant were harvested by centrifugation to evaluate the effect of U on cell morphologies and functional groups, and the yellow precipitates formed during the reaction were collected to analyze the solid elemental composition through a scanning electron microscope equipped with energy dispersive X-ray spectroscopy (SEM-EDS).



Analytical Techniques


The Quantification of Uranyl

The concentration of dissolved U(VI) was analyzed by a colorimetric technique by Tu et al. (2019), using a UV-Vis spectrophotometer TU-1810 (Beijing Persee, China). In brief, 1 ml sample was mixed with 1 ml of 0.05% Arsenazo(III) and 8 ml chloroacetic acid–sodium acetate (CH2ClCOOH–CH3COONa) buffer. After 30 min standing, the absorbance at 652 nm was measured.



Fourier Transform Infrared Spectrometer

Fourier transform infrared (FTIR) spectrum was obtained to elucidate the specific functional groups involved in U immobilization. The bacterial cells in the supernatant and yellow precipitates in the solution were centrifuged at 8,000 rpm (15 min, 4°C). The samples were washed twice with 0.1 M NaCl solution, then lyophilized and grinded. The dried samples were prepared in a KBr pellet with a sample/KBr ratio of 1:100, and thin pellets were analyzed by an FTIR spectrometer (Thermo Fisher, Nicolet iS5, Waltham, MA, United States), using an IR beam, scanning wavenumber range from 4,000 to 450 cm–1, and a scanning accuracy of 4 cm–1.



Scanning Electron Microscope Equipped With Energy Dispersive X-Ray Spectroscopy

SEM-EDS techniques were used to analyze bacterial cells before and after exposure to U. Bacterial cells were recovered by centrifugation (5,000 rpm, 20 min), washed twice in 5 mM piperazine-N,N′-bis(2-ethanesulfonic acid) (PIPES) buffer (pH 6.5). The bacterial samples were fixed overnight (at 4°C) in 2.5% glutaraldehyde and then washed three times with the same buffer. Then, cell pellets were dehydrated with a graded series of ethanol (30, 50, 70, 85, and 100%) for 15–20 min. Finally, the pellets were lyophilized in a freeze dryer, coated with gold–palladium and analyzed by using a scanning electron microscope (SEM) (SU8010, Hitachi, Japan) (Sharma et al., 2018). EDS analyses were performed at 5 kV with the SEM fitted with Oxford EDS detector and Gatan CCD camera (X-MaxN, Oxford, United Kingdom).



Statistical Analysis

All the experiments were carried out in triplicate. Means for different treatments were compared using a one-way analysis of variance (ANOVA). The selected significance level was 95% (i.e., p-value of 0.05).



RESULTS


Isolation and Taxonomic Identification of Phosphate-Solubilizing Bacteria

The phosphate-solubilizing bacteria were isolated from radioactive uraniferous waste. More than 30 morphologically distinct strains were obtained on PVK medium. Only two bacteria (named as ZJ-1 and ZJ-3) that showed obvious colonies with clear halos were selected to purify on NBPIR agar medium as potential phosphate-solubilizing bacteria. Based on the classical Gram’s staining methods, the two PSB isolates selected above were shown to be Gram positive. The cells of ZJ-1 were short rod-shaped, yellowish, with a smooth and shiny surface, and ZJ-3 cells were long rod-shaped, yellowish, rough, and opaque.

The BLAST searches revealed that the 16S rRNA gene of ZJ-1 both shared 100% similarity to those of Bacillus megaterium strain MJQ-30 and Bacillus huizhouensis strain WJB150. To further explore the taxonomic position and relationships, the phylogenetic tree based on the 16S rRNA gene of ZJ-1, MJQ-30, and WJB150 and the phylogenetically related strains from NCBI database by neighbor joining method was constructed; the result is shown in Figure 1A. The phylogenetic tree revealed that the isolate ZJ-1 belonged to the genus Bacillus. Based on a sequence identity of 97% or more similarity to Bacillus sp. strain xijun and Bacillus subtilis strain MDL2, ZJ-3 isolates were closely related to the genus Bacillus (Figure 1B).
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FIGURE 1. Phylogenetic tree based on 16S rRNA gene sequences of isolated (A) ZJ-1, (B) ZJ-3, and closely related bacteria.




Evaluation of Phosphate-Solubilizing Characteristics of the Two Isolates

Figure 2 summarizes P solubilization during incubations of ZJ-1 and ZJ-3 in NBRIP liquid medium containing Ca3(PO4)2 as the sole P source. The OD600 values of both cultures exceeded 1.0 after 1 day of incubation, indicating a fast bacterial growth in the NBRIP liquid medium (Figure 2A). After 7–9 days, the OD600 in both PSB cultures started to decline. Figure 2B shows the pH of PSB isolates during 15 days incubation. The pH values initially significantly dropped, decreasing from 6.50 to 5.30 and 5.58 in ZJ-3 and ZJ-1 cultures, respectively. The pH increased steadily between days 1 and 3 of the ZJ-1 incubation, after which it started to drop again. After the initial decrease, the pH of ZJ-3 increased slightly from day 2 and plateaued after a few more days of incubation. It was observed that the solubilization of tri-calcium phosphate (Figure 2C) was accompanied by a significant decline in pH of the culture (Figure 2B). Both bacterial strains exhibited higher phosphate-solubilizing capacity compared to the uninoculated control. The concentration of dissolved phosphate was significantly increased after 1 day in ZJ-1 culture and continued to rise (although slowly). Maximum phosphate solubilization (130.13 mg L–1) was observed on day 15 when the maximum pH drops (4.77) occurred. The ZJ-3 culture showed a lower ability of solubilizing P from insoluble Ca3(PO4)2 compared to ZJ-1. The maximum dissolved P concentration reached 62.73 mg L–1 after 3 days of incubation, after which it stayed constant, correlating well with only marginal changes in pH.
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FIGURE 2. The phosphate-solubilizing properties of PSB strains in NBRIP medium, demonstrated by orthophosphate release from Ca3(PO4)2; (A) OD600, (B) pH, (C) the solubilized P content, and (D) the relationship between pH and solubilized P content.


The results indicated that phosphate solubilization by PSB increases with decreasing pH of the culture (Figures 2B,C). Therefore, the correlation between pH and solubilized P concentration was investigated (Figure 2D). Pearson correlation analysis showed that there was a negative linear correlation between the amount of dissolved phosphate and pH in the culture of strain ZJ-1 (R2 = 0.82, P < 0.05), and no significant correlation was found in the culture of strain ZJ-3 (R2 = 0.41, P > 0.05). This result implies that the mechanisms of P solubilization may be different between ZJ-1 and ZJ-3.



U Bioprecipitation by the Isolates

Incubations with strains of ZJ-1 and ZJ-3 were conducted at pH 7 in the presence of 10 mM G3P with 50 mg L–1 UO2(NO3)2 added at 35 h. Figure 3A shows the effects of U on the growth of the two isolates. In the absence of U, cell densities of the two isolates were increased quickly at the first 24 h of incubation. Within 1 h of U addition, the OD dropped from ∼1.34 to 1.20 and 0.75 in ZJ-1 and ZJ-3 cultures, respectively. The U(VI) had a lower inhibitory effect on the growth of ZJ-1 than that of ZJ-3. However, the OD600 of both strains increased again once U was gradually removed from solution. At the end of the incubation, OD600 in the cultures were comparable to their initial values. Besides, the OD600 values began to drop when the reaction time exceeded 108 h, which means the cells were dying off in the stationary growth phase, and the active growth phase should be a response to the U presence.
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FIGURE 3. PSB strains were incubated to evaluate G3P metabolism with concomitant U(VI) precipitation; (A) optical density at 600 nm (OD600), (B) pH, (C) U removal efficiency, and (D) phosphate concentrations.


The addition of U(VI) to phosphate-containing cultures with the isolates resulted in the immediate formation of yellow precipitate with corresponding decrease in concentrations of U and phosphate. The changes in pH, U(VI) removal efficiency, and soluble P concentration in the cultures as a function of contact time are shown in Figure 3. Different pH trends were observed in different cultivation groups. The pH of the cell-free control was almost unchanged. Noticeably, the pH of the assays with strain ZJ-1 gradually decreased from 6.26 to 5.17, while the pH of the assays with strain ZJ-3 increased from 6.62 to 7.43 after U addition. This indicated that the phosphate solubilization in ZJ-3 was not caused by acid production as in ZJ-1 but by enzymatic activity (i.e., alkaline phosphatase). Significantly higher concentration of orthophosphate was released by ZJ-3 than ZJ-1 within 156 h of incubation. Subsequently, both groups showed a reduction in orthophosphate concentration due to the addition of 50 mg L–1 U. The U removal efficiency was approximately 5% in the control sample, and it kept stable throughout the time course of the experiment. In ZJ-3 incubations, 71% U was removed from the solution within 1 h, accompanied by the decrease in orthophosphate concentration from 195.5 to 175.5 mg L–1. After 108 h, up to 80% of the U was removed, and the inorganic P concentration gradually increased to 238.5 mg L–1. The removal efficiency of U by ZJ-1 was significantly lower than that of ZJ-3. At the initial stage only 42.5% reduction with the addition of U was observed, and the maximum removal rate by strain ZJ-1 was approximately 52%.



The Analysis of U-Loaded Microbes


FTIR Analysis

To elucidate the functional groups involved in U binding on the microbial surface, an FTIR spectrum was obtained for the isolates with or without U treatment from 4,000 to 450 cm–1 (Figure 4). FTIR spectra revealed that the main functional groups were observed on the cell surface, like hydroxyl groups (the peak at 3,200–3,600 cm–1), amino group (the peak around 1,660 and 1,535 cm–1), phosphate group (the peak around 1,062 cm–1), and carboxyl group stretching vibration at 1,300–1,420 cm–1. These might be related to the immobilization of U by Bacillus sp. (Pagnanelli et al., 2000; Doshi et al., 2007; Choudhary and Sar, 2011).
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FIGURE 4. FTIR spectra of the mineralized products by (A) ZJ-1 and (B) ZJ-3 before and after U treatment (initial concentration, 50 mg L–1 of U at pH 7.0; time 7 days; temperature, 30°C).


After exposure to U, it could be seen from the FTIR spectra that most of those peaks showed significant changes when compared with U-free control group. The main performance was that all the peak intensities were weakened, and positions were shifted. As depicted in Figure 4A, after interaction with U, the observed shifts from 3,421.27 cm–1 to high wavenumber of 3,554.34 cm–1, even the broader peak shape, both indicated that –OH and –NH2 were involved in binding of U. No major changes were observed at 2,871.63 cm–1. The peak around 1,731.85 cm–1 disappeared after interaction, suggesting that most of the aldehyde groups interacted with U (Wang et al., 2019). Significant shifts of 1,652.28 and 1,554.78 cm–1 suggested that amide group in the protein may be a main contributor to the bioremoval of U. The observed shifts around 1,382.78 cm–1 also indicated that carboxyl groups were involved in U binding. Peak intensity shifted from 1,052.99 to 1,066.50 cm–1, suggesting the interaction between U and functional groups on cell surface, such as proteins and phosphate groups. It is worth noting that the appearance of an obvious new peak at 972 cm–1 was assigned to the stretching of U = O on the surface (Kazy et al., 2009). Besides, according to Figure 4B, comparing the isolates of ZJ-3 before and after exposure to U, main changes in the FTIR spectra occurred at the wavenumbers of 3,423.20, 1,646.99, and 968.14 cm–1. Overall, the differences between the two curves (before and after) were less than those of ZJ-1. In addition, the peaks 1,535.14, 1,388.57, and 1,041.42 cm–1 drifted to 1,538.99, 1,390.49, and 1,043.45 cm–1, respectively, which may be caused by the changes in other groups nearby.



SEM-EDS Analysis

Cell morphology changes of ZJ-1 and ZJ-3 treated with or without U(VI) were revealed by a set of SEM images with EDS analysis (Figures 5A–D). Initially, the two isolates had exhibited that the bacteria had smooth surface and intact shape (Figures 5A,C). After interacting with U(VI), the bacterial surfaces of ZJ-1 and ZJ-3 were no longer smooth, and the cells became rough and shrunk to some extent (Figures 5B,D). In addition, a large number of mineral-like deposits were observed on the surface of microbial cells. Combining with the FTIR results, the formation of these sediments may be due to the functional groups on the surface of bacteria, such as phosphoric acid group and amide group (Song et al., 2019). Meanwhile, in order to identify the deposited elements on microorganism cells, EDS analyses were conducted simultaneously. Results showed that specific peaks corresponding to carbon (C), phosphorus (P), oxygen (O), and U appeared after exposure to uranyl ions. Cell debris is known to be rich in organic matter containing O, C, and P, so the U observed simultaneously proved to be adsorbed by the functional groups on the cell surface.
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FIGURE 5. SEM-EDS images of two isolates before and after exposure to U(VI): (A) ZJ-1 before exposure to U(VI), (B) ZJ-1 after exposure to U(VI), (C) ZJ-3 before exposure to U(VI), and (D) ZJ-3 after exposure to U(VI).




The Analysis of Microbially Mediated U Precipitates

The yellow precipitates retrieved from solutions were analyzed by SEM-EDS to ascertain the elements involved in the U precipitation (Figure 6). Figures 6A,B show the SEM images and EDS analysis of the precipitation. After interaction with U, it could be clearly seen from Figure 6C that a dense red U signal and blue P signal uniformly distributed on the surface, indicating that precipitates were composed of U and P. As shown in Figure 6J, the precipitates were detected to contain elements such as C, O, N, P, Mg, and U. Other substances such as EPS may also be contained in the precipitates when collecting the precipitated products of U(VI), as EDS spectra of the precipitates revealed the existence elements of O, N, and C, which is consistent with the composition of EPS (Wang et al., 2019). Besides, the presence of U, Mg, and P suggests that the yellow precipitate may be U–P associated with Mg, saleeite-like in character. In addition, as shown in Figure 6K, FTIR spectra of the precipitates revealed signals at 3,417.41 cm–1, which may be attributable to the hydroxyl groups. The noticeable absorbance band at around 1,623.85 cm–1 was assigned to be amide groups. The band between 1,200 and 900 cm–1 resulted from the C-O-P stretching of polysaccharides.
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FIGURE 6. SEM-EDS and FTIR spectra analyses of the precipitates; (A) SEM images of U phosphates precipitates and (B) their corresponding EDS maps with the distribution of (C) P + U + Mg + C + N + O, (D) P + U + Mg, U, (E) P, (F) Mg, (G) C, (H) O, and (I) N. (J) EDS results of the precipitates and (K) FTIR results of the precipitates.




DISCUSSION


Screening and Identification of the Isolates

The presence and distribution of microbes are often site specific; thus, U tailings were chosen to isolate PSB due to greater possibility of occurrence of U-resistant bacteria. In this study, two phosphate-solubilizing bacterial isolates were screened from U tailings based on the above idea. Referring to 16S rRNA gene sequence analysis, the isolated strains ZJ-1 and ZJ-3 belonged to the genus Bacillus. The bacterial isolates, ZJ-1 and ZJ-3, exhibited maximum phosphate solubilization of 66.8–130 mg L–1, respectively. In a previous report, Audipudi et al. (2012) found that seven bacterial isolates, including Bacillus subtilis, Pseudomonas sp., and Azotobacter sp., isolated from the soil of Chollangi mangrove environment, exhibited phosphate-solubilizing ability in the range of 80–100 mg L–1 when using calcium phosphate as the single P source. In an earlier report, much higher phosphate-solubilizing activity (523.69 mg L–1) was also observed by the PSB isolated from calcareous rhizosphere soils (Liu et al., 2015).

Presenting a promising bioremediation strategy, PSB can release phosphate from insoluble P sources by various mechanisms. In this study, it was observed that the concentration of released phosphate corresponded to the decrease in pH during the bacterial growth. This was supported by a linear relationship between the concentrations of solubilized P and pH of ZJ-1 strain (R2 = 0.82). The results were similar to the findings of Park et al. (2011), who reported that the simple regression analysis between solubilized P and pH (R2 = 0.79) showed a significant linear relationship. The results suggested that the processes resulting in phosphate solubilization may involve several different reactions (Bashan et al., 2013):

(1) The simple acidification of the medium because of proton release (i.e., NH4+ assimilation), resulting in the dissolution of phosphate. The reaction equation, Equation (1), is as follows:
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(2) The pH decrease resulting from the release of organic acid could be related to P solubilization, as demonstrated in the reaction equation, Equation (2).
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where HnX is a complexing acid, m is the stoichiometric coefficient in the calcium complex formed, and n is the index equal to the absolute value of the charge of the complexing anion (Xn–).

There was no significant correlation between pH and P in the assays with strain ZJ-3 (R2 = 0.41), which suggested that the P solubilization in the solution was not merely caused by the decrease in pH value, but other mechanisms also occurred in the system. There must be some other mechanisms occurring in this system. Researchers concluded that there are three major mechanisms of P solubilization. First is the release of organic acids. PSB can synthesize organic acids to reduce pH, which in turn increases P solubilization. Behera et al. (2017) indicates that various organic acids, such as malic acid, lactic acid, and acetic acid were detected in the Serratia sp. broth culture. Second is the extracellular enzymes release. Microorganisms can produce various enzymes, such as phytase, C–P lyase, nuclease, and phosphatase to accelerate the dissolution of inorganic phosphate release (Achal et al., 2007). Third is the release of protons originating from respiration or NH4+ assimilation (Illmer and Schinner, 1995).



U Removal Efficiency and Immobilization Ability by Isolates

No biological function is known for U, and it is considerably more toxic compared to other heavy metals. In presence of U, bacterial growth and metabolic processes may be severely impeded. The active ZJ-1 and ZJ-3 bacterial cells were incubated in the presence of U, significant resistance to U was observed through survivability (OD600) and cell morphology (SEM) analyses. During the first several hours of U addition to the medium, cell growth and lysis were restrained, but the growth recovered over time. The SEM results also showed that most cell walls were intact after they were in contact with 50 mg L–1 U. The isolates exhibited U tolerance, probably due to their adaptation to U as these strains were isolated from U tailings soil. A previous study also identified that a Pseudomonas aeruginosa strain isolated from U mine waste showed U resistance and accumulation following incubation in 100 mg L–1 U for 6 h at pH 4.0 (Choudhary and Sar, 2011). The bacterial strains were isolated from a U-contaminated soil and could survive in the presence of 50 mg L–1 U, which was much higher than that in most other U-contaminated environments (<5 mg L–1 U). These U-resistant isolates could therefore be used to stabilize U in highly contaminated environments. In general, the application of indigenous bacteria in contaminated sites can greatly improve the efficiency of remediation.

A large number of microorganisms have been reported to efficiently precipitate U when supplied with glycerol phosphate, such as Serratia species (Newsome et al., 2015a), Caulobacter crescentus (Yung and Jiao, 2014), Bacillus, and Rahnella species (Martinez et al., 2007). To test whether the two isolates ZJ-1 and ZJ-3 were responsible for U biomineralization, cells were resuspended in a certain volume of U(VI) and glycerol-3-phosphate solution. The results clearly demonstrated the U biomineralization activity of strains ZJ-1 and ZJ-3, as evidenced by the decrease in U concentration and increase in insoluble U over time. Notably, although the ZJ-3 strain exhibited much higher pH value than ZJ-1, ZJ-3 is still solubilizing more phosphate than ZJ-1. As a result, the efficiency of U precipitation in ZJ-3 was higher than ZJ-1. It has been shown that glycerol phosphate biodegradation involves a bacterial phosphatase in Serratia sp., which catalyzes the hydrolytic cleavage of the C-P bond and rapidly releases inorganic phosphate, which then precipitates with the U(VI) (Newsome et al., 2015b). Whether ZJ-3 possesses such enzymatic activity needs further investigation. A comparison of U removal efficiency with and without bacteria suggested that microbial activities were essential for biomineralization. Beazley et al. (2009) also demonstrated that U biomineralization was promoted by microbial phosphatase activity. Altogether, these incubations suggest that the isolated Bacillus spp. can survive well in the presence of U and soluble sufficient organophosphate to precipitate U(VI). These findings demonstrate the potential applicability of the isolates PSB in U contaminated environments.



Possible Immobilization Mechanisms of Bacillus spp. Interaction With U

In this study, PSB isolated from U tailings exhibited intrinsic abilities to remove U from solution. Based on all above-mentioned analyses, we proposed the possible U(VI) immobilization mechanism by Bacillus spp.

Bacillus spp. could adsorb U(VI) in a short time, leading to a rapid capture of U(VI) from the water. The SEM-EDS observations proved that U could be absorbed on the cell surface, as many U-bearing tiny particles were observed on the bacterial surface (Figures 5B,D). Nie et al. (2017) have also reported the similar finding that the tiny nanolamellar crystal was detected on the D. radiodurans surface when reacted with 100 mg L–1 U at pH 5 after 1 day. The biosorption of U on the cell surface is known as an extremely rapid process (Wang et al., 2017). The basis of the adsorption mechanism is the rich and various functional groups on bacterial cell surface, which provide abundant sites to bind cations/anions (Bader et al., 2018). Thus, FTIR analyses were used in this paper to further verify that bacterial cell wall was one of the major sorption sites, and hydroxyl, amide, aldehyde, carboxyl, and phosphate groups belonged among the major binding groups. Meanwhile, we also found a distinct peak at 972 cm–1 as evidence of the presence of uranyl group on the cell surface. This finding was in agreement with the study of Sowmya et al. (2014). Several works also described the ability of Bacillus sp. to adsorb U on the cell surface. For example, Zhao et al. (2016) reported the biosorption and bioaccumulation ability of Bacillus sp.dwc-2 to U.

Moreover, the bioprecipitation process of U(VI) by Bacillus spp. also played an important role in U removal. The immediate decrease in soluble P concentration and the occurrence of yellow precipitates on addition of U suggests that phosphate could sequester U as U–P precipitates. The products of U precipitation varied in different studies (Song et al., 2019). Researchers proposed that microorganisms could transform the precipitated U into crystalline chernikovite, while others demonstrated the potential for U(VI) removal from solution via precipitation of U(VI) as autunite, sodium–autunite, meta-ankoleite, and uramphite (Zheng et al., 2017). In this study, we found that U could be precipitated in the presence of glycerol phosphate with PSB, leading to the formation of U phosphate biominerals. The EDS spectra suggested that the yellow precipitates may be formed as saleeite, which does not tally with earlier reports. This phenomenon probably occurred due to the use of medium rich in Mg2+ rather than Ca2+.

EPS are metabolic products that accumulate on the surface of microbial cells and provide protection by reducing chemical exposure and stabilizing the membrane (Teng et al., 2019b). Previous studies have shown that EPS rich in functional groups and proteins were highly reactive with uranyl ions, suggesting that EPS could be used for rapid U adsorption (Cao et al., 2011; Li et al., 2018). In this paper, our results indicated that the EPS generated by Bacillus spp. may also participate in the sequestration of U. The FTIR analysis proved that the precipitates contained active functional groups (-COOH, -OH, C-O-P, -CO-N, and so on), which was consistent with the feature of EPS (Teng et al., 2019b; Wang et al., 2019). In addition, EPS are primarily composed of proteins, carbohydrates, nucleic acids, and heteropolymers, which are usually consisted of elements such as C, N, and O (Wei et al., 2017). The SEM-EDS analysis further confirmed the presence of O, C, and N in the precipitates (Figure 6J).

Based on the above-mentioned analyses, we proposed strategies of Bacillus spp. immobilization U (as delineated in Figure 7). U-resistant Bacillus spp. possess various strategies to immobilize U, including U–phosphate mineral bioprecipitation, surface biosorption, and EPS sequestration, which may serve as potential methods for bioremediation of U-contaminated sites and be worthy of further in-depth studies.
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FIGURE 7. The possible mechanisms of U immobilization by Bacillus spp. (CS, cytoplasm; CM, cytomembrane; PS, periplasm; OM, outer membrane).




CONCLUSION

In this study, we have investigated the immobilization mechanisms between U and Bacillus spp., isolated from U tailing repository site in Southeast China. The isolates could survive well and dissolve phosphate at significant concentrations of 50 mg L–1 U. Maximum phosphate was solubilized by strain ZJ-3 with a production of 238.5 mg L–1 soluble phosphate. Results revealed that Bacillus spp. showed good potential for the application in removal of U from aqueous solutions, and approximately 81.25% of U(VI) was removed rapidly in a relatively short remediation time, represented in a form of yellow precipitate. The results of microscopic and spectroscopic analyses demonstrated that the precipitates were a type of saleeite-like U–phosphate compound, and Bacillus spp. could immobilize U through enzymatic bioprecipitation, cell surface biosorption, and EPS sequestration. Overall, this work provides new insights into the interaction mechanisms between U and PSB, suggesting that PSB, particularly U-resistant strains isolated from contaminated sites, could be used for bioremediation of U-contaminated environments.
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Microorganisms play a fundamental role in biogeochemical cycling and are highly sensitive to environmental factors, including the physiochemical properties of the soils and the concentrations of heavy metals/metalloids. In this study, high-throughput sequencing of the 16S rRNA gene was used to study the microbial communities of farmland soils in farmland in the vicinity of a lead–zinc smelter. Proteobacteria, Acidobacteria, Actinobacteria, Bacteroidetes, and Gemmatimonadetes were the predominant phyla in the sites of interest. Sphingomonas, Gemmatimonas, Lysobacter, Flavisolibacter, and Chitinophaga were heavy metal-/metalloid-tolerant microbial groups with potential for bioremediation of the heavy metal/metalloid contaminated soils. However, the bacterial diversity was different for the different sites. The contents of heavy metal/metalloid species and the soil properties were studied to evaluate the effect on the soil bacterial communities. The Mantel test revealed that soil pH, total cadmium (T-Cd), and available arsenic played a vital role in determining the structure of the microbial communities. Further, we analyzed statistically the heavy metals/metalloids and the soil properties, and the results revealed that the microbial richness and diversity were regulated mainly by the soil properties, which correlated positively with organic matter and available nitrogen, while available phosphorus and available potassium were negatively correlated. The functional annotation of the prokaryotic taxa (FAPROTAX) method was used to predict the function of the microbial communities. Chemoheterotrophy and airborne chemoheterotrophy of the main microbial community functions were inhibited by soil pH and the heavy metals/metalloids, except in the case of available lead. Mantel tests revealed that T-Cd and available zinc were the dominant factors affecting the functions of the microbial communities. Overall, the research indicated that in contaminated soils, the presence of multiple heavy metals/metalloids, and the soil properties synergistically shaped the structure and function of the microbial communities.

Keywords: heavy metals/metalloids, soil physicochemical properties, microbial communities, high-throughput sequencing, community function


INTRODUCTION

Environmental contamination by heavy metal/metalloid species continues to attract global attention given the persistent nature of such toxic pollutants, which have latent, long-term, cumulative, and non-biodegradability characteristics (Mirzaei et al., 2014; Zhao et al., 2019). Metal smelting activities have resulted in a large number of heavy metal/metalloid species being released into the natural environment, resulting in contamination of soils in the vicinity of smelters (Li et al., 2020b). The accumulation of heavy metal/metalloid species seriously threaten the ecological environment, diversity, functioning of soil microorganisms, food security, and human health.

Soil microorganisms, being the maintainers of the structure and function of the ecosystem, are a key factor for determining soil quality (Hou et al., 2019; Zhou et al., 2019). Soil microorganisms can regulate soil properties, but they are also readily affected by the physicochemical properties of the soils. Studies have shown that microorganisms can significantly promote the circulation of soil nutrients, maintain soil fertility, and improve crop health (Fierer, 2017).

It is known that toxic stress induced by heavy metals/metalloids can seriously affect the abundance and structure of the soil microbial communities and diversity (Zhao et al., 2019) and change ecosystem functions (Bai et al., 2020). For example, heavy metal/metalloid contaminants have affected a variety of functional genes and have altered the ecological functions of soils that were catalyzed by functional groups (Yin et al., 2015; Liu et al., 2018), resulting in a reduction in the microbial diversity and further changing the structure of the soil microbial communities (Liu et al., 2020). Nevertheless, the total concentration of heavy metals/metalloids in contaminated soil over the long-term does not holistically reflect heavy metal/metalloid toxicity (Mondal et al., 2014) because the bioavailability of heavy metals/metalloids can change due to physicochemical interactions with the soil matrix (Wang et al., 2017). Thus, it is desirable to estimate the ecological effects on microbial communities through measurement of the total/available heavy metal/metalloid species.

Previous studies have demonstrated that heavy metal/metalloid pollution causes a change of microbial species, and tolerant microorganisms would replace more susceptible microorganisms and increase in abundance (Guo et al., 2017; Li et al., 2020b). Many microorganisms tolerant to heavy metals/metalloids can remove heavy metals from contaminated soil or convert them to less toxic forms (Zakaria et al., 2007; Khan et al., 2016; Bilal et al., 2018; Qiao et al., 2019). Bioremediation has been considered as a promising eco-friendly and sustainable method for heavy metal pollution remediation (Teng and Chen, 2019). Exploring the microorganisms that are tolerant to heavy metals/metalloids has been helpful for bioremediation studies in heavy metal/metalloid contaminated areas. At present, the data on the relationships between the structure of the soil microbial communities, diversity, and function with respect to total/bioavailable heavy metal/metalloid species are limited (Guo et al., 2017; Tipayno et al., 2018; Zeng et al., 2020).

In addition to being affected by heavy metal/metalloid species, soil microorganisms are also affected by the physicochemical properties of the soil (e.g., pH, organic matter (OM) content, and available N, K, and P) (Tang et al., 2019; Liu et al., 2020; Zeng et al., 2020). Studies have also demonstrated that the microbial communities are affected by the physicochemical properties of the soil (Song et al., 2018; Hou et al., 2019). For example, it has been revealed that soil pH is an important factor that shapes the structure and function of soil microbial communities (Lindsay et al., 2010; Van Der Bom et al., 2018). Moreover, the physicochemical properties of soil may alter the chemical forms of heavy metal/metalloid species, thereby indirectly influencing the structure of the microbial communities (Guo et al., 2017). However, there is little information published on how the structures of the microbial communities, the functions, and the diversity responses to the soil physicochemical properties are affected under long-term stress by heavy metals/metalloids.

In the present research, the main objectives are as follows: (1) to explore the effects of heavy metals/metalloids and the physicochemical properties of soils on the microbial communities in farmland that has been contaminated over the long term with multiple heavy metals/metalloids, and (2) to identify the potential bioremediation microbial groups that are tolerant to heavy metals/metalloids. We hypothesize that the soil microbial communities would be seriously affected by long-term heavy metal/metalloid contamination and that the soil properties could regulate the microbial communities, given that there are heavy metal-/metalloid-tolerant microorganisms that possess a potential bioremediation function. To test this hypothesis, four farmlands around a typical Pb-Zn smelter in Zhuzhou City, China, were sampled, and the heavy metals/metalloids and the soil properties were characterized. Moreover, the diversity, structure, and function of the microbial communities were evaluated. To this end, the intention is to highlight the effects of heavy metals/metalloids and soil properties on the microbial communities in farmland in the vicinity of the smelter and deepen our understanding of the scope and potential for microbial remediation of heavy metals/metalloids in the contaminated soils.



MATERIALS AND METHODS


Site Description and Sampling

The study area is located in farmland adjacent to and west of the Zhuzhou smelter, Zhuzhou, Hunan province, China (Figure 1; 27°51′42″–27°53′13″N, 113°3′30″–113°4′33″E). The area has a typical humid subtropical monsoon climate, with a perennial and dominant north–northwest (NNW) wind except for a southeast (SE) wind in the summer. The Zhuzhou smelter, built in 1956, located in the northwest of Zhuzhou City, is a typical Pb-Zn smelter with a history of more than 60 years. Long-term smelting activities, particularly the unregulated discharge of air particulate dust, has significantly affected the local environment; especially the soil around the smelter is heavily polluted by Pb, Zn, Cd, and As.
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FIGURE 1. Map indicating the location of four test sites.


Soil samples were collected from farmland at four sites (A, B, C, and D) at various distances from the smelter (Supplementary Table 1). Three separate soil samples were selected at random from the top soil (0–20 cm) at each site, and five subsamples (using the quincunx layout method) were taken from each point and mixed evenly to produce one representative sample (Van Der Bom et al., 2018). All samples (4 sites × 3 sampling points) were placed in sterile bags and refrigerated, and then transported to the laboratory for storage and processing. Each sample (500 g) was homogenized and passed through a 2-mm nylon sieve. One portion was stored at −80°C for DNA extraction and microbial community structural analysis (Luneberg et al., 2018). The other was air dried and stored at 4°C prior to characterization of the physicochemical properties and determination of the heavy metals/metalloids (Li et al., 2020a).



Heavy Metals/Metalloids

The concentrations of total and available heavy metals (Cd, Pb, and Zn) in the soil samples were determined by inductively coupled plasma optical emission spectrometry (ICP-OES, Agilent Technologies, Malaysia). The soil was digested with 1:2:2 HNO3–HClO4–HCl (v/v/v) for measurement of the total heavy metals (T-Cd, T-Pb, and T-Zn) (Wang et al., 2014). To determine the available heavy metals (A-Cd, A-Pb, and A-Zn), the diethylene-triamine pentaacetic acid (DTPA) extraction method was used to extract the available heavy metals in soil (Zahedifar et al., 2016). For the concentrations of total arsenic (T-As) determination, samples were pretreated by aqua regia digestion, and the concentrations of available arsenic (A-As) was extracted with 0.5 mol/L disodium hydrogen phosphate prior to measurement with an atomic fluorescence spectrophotometer (AFS-820, Beijing Jitian Instrument Co. Ltd, China) (Wu et al., 2019). The Nemeiro pollution indices (PN) (Pan et al., 2020) and the geoaccumulation indices (Igeo) (Wang et al., 2019) were used to evaluate the comprehensive pollution and single pollution of heavy metals/metalloids, respectively.



Physiochemical Properties of Soil

The soil pH was measured at a solid–liquid ratio of 1:2.5 (w/v) with a calibrated pH meter (Orien3-star, Thermo Fisher Scientific, Singapore), and OM in soil was determined by potassium dichromate oxidation titration (Liu et al., 2014). The soil available nitrogen (AN) was measured with the NaOH hydrolysis method (Gianello and Bremner, 2008), available phosphorus (AP), and available potassium (AK) were measured by a spectrophotometer at 700 nm (TU-1810, Purkin, China) and a flame photometer (AA-6300, SHIMADZU, Japan) (Song et al., 2018), respectively.



Microbial Communities and Diversity

The total genomic DNA in soil samples was extracted with the E.Z.N.A. bacterial DNA kit (OMEGA, M5635-2). The bacterial 16S rRNA genes of the V3–V4 region were amplified (PCR) using the 341F (5’-CCTACGGGNGGCWGCAG-3’) and 805R (5’-GACTACHVGGGTATCTAATCC3’) primers (Schneider et al., 2017). Sequencing was carried out using the Illumina MiSeq platform (v.2.4.60.8; Illumina, CA, United States). The raw sequence results were processed and analyzed with QIIME (v.1.8.0) and Mothur (v.1.30.1) (Kasemodel et al., 2019). To obtain effective sequences, the reads were subjected to quality control with FLASH (v.1.2.3) (Guo et al., 2017; Kasemodel et al., 2019). Representative sequences were clustered at a similarity level of 97% of operational taxonomic units (OTUs) (Lin et al., 2019). The OTU taxonomies were determined using the RDP Classifier script and were determined at a similarity level of 97% at species-level taxonomies. The relative abundance of each taxon in the community was calculated by comparing the sequence number of a specific taxon with the total sequence number of the selected samples. Functional annotation of prokaryotic taxa (FAPROTAX) was used to predict the function of the microbial communities in the soils of the study areas (Li et al., 2020a).



Data Analysis

Statistical analysis of all bacterial sequences was performed using the R software package (vegan, v.3.2.3) (Liu et al., 2020). The relative abundance and diversity of the microbial communities were reflected by the Alpha diversity and the unweighted pair group method with arithmetic mean (UPGMA) cluster analysis, which were calculated by QIIME (v.1.8.0). Principal coordinates analysis (PCoA), Mantel tests, Spearman’s correlation analysis, and the heatmap of environmental factors and microbial communities were carried out with the R software package (vegan, ggplot2, v.3.2.3). A comparison of the physicochemical properties; the total concentration of As, Cd, Pb, and Zn; and the available metal concentrations for the four discrete sites (A, B, C, and D) were investigated using one-way ANOVA, and comparison of means was conducted by Duncan multiple range tests. Most statistical analyses were performed using SPSS 25, and a part of the statistics was performed using Origin 2017.



RESULTS


Physiochemical Properties of Soils and Heavy Metal Concentrations

The physicochemical properties of the soils and the total/available content of heavy metals/metalloids in the study regions were measured (Supplementary Table 2). The results show that the soil pH was moderately acidic at sites B, C, and D (4.66 ± 0.66 to 5.20 ± 0.53), whereas site A had neutral pH (7.30 ± 0.15). The contents of heavy metals/metalloids in the four areas were higher than the screening value for risk of soil pollution for agricultural dryland (GB 15168-2018; Supplementary Table 3). The comprehensive pollution indices were used to evaluate the contamination levels for the heavy metals/metalloids at the four sites (Figure 2A). The results showed that the soils may be classified as heavily polluted based on the grading standard for the degree of comprehensive soil pollution (Supplementary Table 4); furthermore, sites A and D were the most heavily and the least heavily polluted, respectively. There was no significant difference between the indices of sites B and C. Furthermore, the geoaccumulation indices (Igeo) were calculated based on the contents of As, Cd, Pb, and Zn. It was found that the Igeo of the soils varied with the site and the nature of the heavy metals/metalloids (Figure 2B). For example, all sites could be classified as being moderately to extremely polluted with Cd, while only site A could be classified as polluted with As (light to moderate pollution; according to Supplementary Table 5). In addition, PCoA indicated obvious differences in the total/available content of heavy metals/metalloids and in the physicochemical properties of the soils across the study sites (Figure 3).
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FIGURE 2. (A) The comprehensive pollution indices for heavy metals/metalloids at the sampling sites and (B) the geoaccumulation indices for T-As, T-Cd, T-Pb, and T-Zn at the sampling sites. Error bars indicate standard error of the mean (n = 3). The symbols represent different levels of significance at p < 0.05 for the sites.



[image: image]

FIGURE 3. PCoA plots depicting (A) the physicochemical properties of the soils and (B) total heavy metals/metalloids in the soils, and (C) the available heavy metals/metalloids in the soils based on the Bray–Curtis distances at the sampling sites.




Differences Among Bacterial Communities at Different Sampling Sites

The 16S rRNA genes in 12 samples (4 sites × 3) were detected using the Illumina MiSeq300 platform, where a total of 731,888 qualified sequences were obtained with a range of 53,675–83,547 sequences in each sample. The Venn diagram of bacterial OTUs showed that the specific OTU richness at the different sites generally followed the number of sequences (in descending order): A > C > B > D (p < 0.05, Figure 4). Moreover, there were 427 core OTUs in samples from all four sites, and soil samples from sites A, B, C, and D contained 1,995, 1,331, 1,889, and 1,145 unique OTUs, respectively. The OTU richness diversity indices and Shannon–Winner indices were used to evaluate the diversity and richness of the soil microbial communities. The results showed that the OTU richness indices were significantly higher at sites B and C than those at sites A and D, and the Shannon–Winner indices at site B were significantly higher than at other sites (Figure 5).
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FIGURE 4. Venn diagram displaying the number of shared bacterial OTUs between the soil samples collected at different sites.
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FIGURE 5. (A) Shannon–Winner indices and (B) the richness indices of OTUs for all samples at the different sites. Error bars indicate standard error of the mean (n = 3). The symbols represent different levels of significance at p < 0.05 for the sites.


The PCoA analysis based on the Bray–Curtis distance explained approximately 61.89% of the microbial community composition variation (first and second dimensions were 41.52 and 20.37%, respectively; Supplementary Figure 1). Soil heavy metal/metalloid contamination and soil properties clearly affected the composition of the soil bacterial communities, as reflected by the PCoA analysis. Taxonomic classification of all the OTUs identified 32 different phyla. The compositions of the bacterial communities (on the phylum level) at the four different sites are shown in Figure 6. The predominant phyla across all the sites were Proteobacteria, Acidobacteria, Bacteroidetes, Actinobacteria, and Gemmatimonadetes, accounting for more than 83% of the bacterial sequences from each of the soils. The most frequently detected bacterial phyla in the analyzed samples were Proteobacteria (46.34–50.48%), Acidobacteria (18.66–24.66%), Bacteroidetes (2.49–10.02%), Actinobacteria (3.37–8.64%), Gemmatimonadetes (3.38–6.54%), Chloroflexi (0.97–5.35%), Verrucomicrobia (1.70–3.06%), and Firmicutes (0.63–1.99%). Besides, we found that there were archaea with a low abundance of 0.13% in the soil samples. With increasing soil pollution, the proportions of Acidobacteria, Bacteroides, and Bacillus increased, while the relative abundances of Proteobacteria and Actinomyces decreased. In addition, the proportions of the less abundant phyla Chloroflexi, Verrucomicrobia, and Firmicutes negatively correlated with the contamination level. Unclassified bacteria accounted for large proportions (21.77–31.21%) of genera at all four sites. A similar situation was observed in a previous investigation on the effect of heavy metal/metalloid pollution on soil microbial community in smelting site, which reported a mean relative abundance of unclassified genera to be 26.80% (Li et al., 2020a). Other major genera included Sphingosinicella (3.80–14.10%), Sphingomonas (3.10–10.83%), Gemmatimonas (3.38–6.54%), Gp1 (0.07–7.46%), Gp6 (1.85–9.47%), Gaiella (0.85–3.43%), Gp3 (1.11–3.07%), Gp4 (0.13–6.85%), Gp2 (0.01–2.79%), Lysobacter (0.20–2.07%), Flavisolibacter (0.11–1.19%), and Chitinophaga (0.01–1.56%) (Supplementary Figure 2A). The difference in the average abundance of the top 30 microbial genera at each site can be clearly seen from inspection of Supplementary Figure 2B. There were clear differences (p < 0.05) in the abundance of Sphingosinicella, Sphingomonas, Gp1, Gp6, Gaiella, Gp3, Gp4, and Chitinophaga among the four sites. The dominant genera of Sphingomonas, Gp6, Gp4, Lysobacter, Flavisolibacter, and Chitinophaga increased with increasing soil contamination, while Sphingosinicella, Gp1, Gaiella, and Gp3 decreased with increasing soil contamination.
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FIGURE 6. Composition of bacterial communities at the four sampling site, showing the 10 most abundant phyla (with relative abundance > 1% of total reads). Minor phyla (with relative abundances < 1%) were pooled together.




Functional Groups Within the Soil Prokaryotic Communities

We used FAPROTAX to map the prokaryotic clades to metabolic or other ecologically relevant functions. Among the 90 functional groups in the FAPROTAX database, 52 groups (57.8%) were present in at least one of the samples (Supplementary Table 6). The correlation functions for FAPROTAX showed that chemoheterotrophy (average 39.70%) and aerobic chemoheterotrophy (average 37.60%) were the two main potential metabolic types. Heavy metals/metalloids and the physicochemical properties of the soils associated with functional groups were identified by the Mantel test (Figure 7A). The results suggested that the functional groups were correlated with T-Cd and A-Zn (R = 0.454, p < 0.05; R = 0.478, p < 0.05). Furthermore, Spearman’s correlation analysis revealed that these functional groups included taxa (Supplementary Table 7) associated with processes in the biogeochemical cycling of C and N.
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FIGURE 7. (A) Pairwise comparisons of ecological drivers, with a color gradient denoting the Spearman’s correlation coefficients. The structure of the bacterial communities was correlated with each ecological driver by partial Mantel tests, as well as by microbial function. Curve width and color represent the correlation coefficients of the partial Mantel tests; blue in the figure indicates p < 0.01, purple indicates 0.01 < p < 0.05, and gray indicates p > 0.05. (B) Heatmap of Spearman’s rank correlation coefficients between the four sites for the relative abundances of bacterial phyla, including the relative abundances (%, n = 3) of the top 10 microbial phyla. Note: Horizontal row represents physiochemical properties of the soils and the metals/metalloid information; the vertical row represents information on the abundance of the microbial communities; red represents negative correlation, blue represents positive correlation, a darker color indicates a higher correlation; the p value is the correlation test result; *p < 0.05, **p < 0.01, ***p < 0.001. T-As, total concentration of arsenic; T-Cd, total concentration of cadmium; T-Pb, total concentration of lead; T-Zn, total concentration of zinc; A-As, available content of arsenic; A-Cd, available content of cadmium; A-Pb, available content of lead; A-Zn, available content of zinc.




The Association of the Microbial Communities in the Soils and Environmental Parameters

To assess the relative effect of environmental parameters (five physicochemical properties of soil including pH, OM, AN, and AP; four metals/metalloids: T-As, T-Cd, T-Pb, T-Zn, A-As, A-Cd, A-Pb, and A-Zn) on the abundance and diversity of bacterial communities in the metal/metalloid contaminated soil, the Mantel test was conducted (Figure 7B). The results showed that, except for OM, AN, and AP, the environmental parameters had a significant influence on the microbial communities (p < 0.05). Among all the environmental factors, the pH (R = 0.882, p < 0.001), T-Cd (R = 0.770, p < 0.001), and A-As (R = 0.734, p < 0.001) had the strongest correlation with the microbial community composition. In addition, there was also a significant correlation between the bacterial communities and A-Cd, T-Zn, T-As, A-Zn, T-Pb, A-Pb, and AK in the soil (p < 0.01).

The heatmap based on Spearman’s correlation analysis was used to study the relationships among the environmental parameters and the relative microbial abundance on the phylum level (1%) (Figure 7B). The abundance of the predominant phylum Proteobacteria was positively correlated with OM (p < 0.05). The other predominant phylum Acidobacteria was positively correlated with T-As and T-Cd (p < 0.05). Actinobacteria and Chloroflexi were negatively correlated with pH, OM, T-As, T-Cd, T-Pb, T-Zn, A-As, A-Cd, and A-Zn, while Bacteroidetes was the opposite. Gemmatimonadetes exhibited a positive correlation with pH, T-Pb, T-Zn, and A-As (p < 0.05). On the genus level, the heatmap showed correlation between microorganisms and the environmental factors as depicted in Figure 3. Sphingomonas exhibited a positive correlation with pH and AK (p < 0.05), and Gemmatiomonas exhibited a positive correlation with pH (p < 0.05). Gp1, Gaiella, and Gp3 were negatively correlated with pH and most heavy metals/metalloids, while Gp6 and Gp4 exhibited a positive correlation with pH and most heavy metals/metalloids.



DISCUSSION


Physicochemical Properties of the Soils and Characteristics of Metal/Metalloid Pollution

In this study, it was found that the physicochemical properties of the soils and the concentrations of heavy metals/metalloids differed for each site (Supplementary Table 2). The pH values of all samples ranged from 4.66 ± 0.66 to 7.30 ± 0.15, and this finding was similar to that for a previous study on farmland soil (Li et al., 2011). The soil pH was acidic at sites B, C, and D, while the pH at site A was neutral, being maintained by the long-term deposition of a lime powder (Li et al., 2011). The OM in the soils at sites A, B, and C were clearly higher than that of site D, and this finding was similar to that of a previous study (Shen et al., 2016). The content of AK at site B was lower than those at other sites; however, there was no significant differences in the content of AN and AP at the four sites.

The concentrations of all heavy metals/metalloids at the four sites markedly exceeded the screening limit value for the pollution risk of soil in agricultural dryland (GB 15168-2018; Supplementary Table 3), a situation that represented serious pollution, presenting risks for the environment as well as human health. In this study, the content of metals/metalloids, the comprehensive pollution indices, and the geoaccumulation indices typically decreased with increasing distance from the Pb-Zn smelter, a finding that was reported previously (Li et al., 2011; Lei et al., 2016; Shen et al., 2017). The differences between site C and site D reflected the fact that site C was in the main direction of the wind, which increased the metal pollution at the site. Moreover, due to the influence of the smelting activities involving Pb and Zn, the elements As, Cd, Pb, and Zn have been widely reported as the main pollutants, especially Cd, Pb, and Zn (Li et al., 2011, 2015, 2020b; Shen et al., 2016; Tipayno et al., 2018). However, the total heavy metal/metalloid concentrations in long-term contaminated soils may not holistically reflect the heavy metal/metalloid toxicity (Mondal et al., 2014), because the bioavailability of heavy metals/metalloids might change according to their physicochemical interactions with the soil matrix (Wang et al., 2017). Thus, it is necessary to estimate the ecological effects defined by the availability of heavy metals/metalloids.

The Spearman’s correlation analysis (Figure 7A) indicated that soil pH exhibited a significantly positive correlation with heavy metals/metalloids (p < 0.01) and OM (p < 0.05). Further research has found that pH was positively correlated with the proportion of A-As in the total As, while there were negative correlations with the ratios of A-Cd, A-Pb, and A-Zn (Supplementary Table 8). It has been recognized that a decrease in the soil pH affects the solubility of heavy metals (e.g., Cd, Pb, and Zn), thus increasing their mobility and bioavailability (Wang et al., 2006; Ma et al., 2020). In contrast, as the soil pH decreases, the anions containing As would tend to be adsorbed by the positively charged iron oxide, thereby reducing the mobility and hence the toxicity of As (Jain et al., 1999). Previous studies have confirmed that OM is involved in the adsorption, complexation, and precipitation of the heavy metals/metalloids, thereby weakening the bioavailability of heavy metals/metalloids (Bolan et al., 2014; Mazurek et al., 2017). The same experimental results have also been confirmed in our study.AN, AP, and AK did not show significant positive correlations with heavy metals/metalloids.



Effects of the Soil Physicochemical Properties on the Microbial Community Composition

The microbial abundance and diversity of the soil are affected by various physicochemical properties of the soil (Liu et al., 2020). In this work, soil pH was not significantly correlated with the bacterial OTU richness indices and the Shannon–Winner indices (Supplementary Table 9). A similar study reported that the soil pH was not correlated with alpha diversity (Zarraonaindia et al., 2020). In addition, our results revealed that soil pH was a relevant factor in shaping the structure of the bacterial communities of the soils (Figure 7A), which is consistent with the work of Guo et al. (2017), who reported the soil pH was the most critical factor affecting the structure of the bacterial communities. Especially, there was no significant correlation between pH and the dominant bacterial phyla Proteobacteria and Acidobacteria, and the relative abundance of Acidobacteria at site A (neutral pH) was greater than at other sites. However, on the genus level, the dominant genera Sphingomonas and Lysobacter of the Proteobacteria, and the dominant genera GP1, GP6, GP3, GP4, and GP2 of the Acidobacteria had a significant correlation with pH, positive or negative (Supplementary Figure 3). The above-mentioned inconsistencies in correlations between pH and phylum abundances might be due to the metabolic diversity of species belonging to the phyla Proteobacteria and Acidobacteria. As for site A, the dominant bacteria genera GP6 and GP4 were significantly positively correlated with pH, and the relative abundances were significantly higher than in samples from other sites. Previous studies confirmed that the relative abundance of Acidobacteria increased in soils with higher pH in heavy metal-contaminated soils (Pan et al., 2020). Moreover, Wang et al. (2020a) found that the dominant genera were identified as GP6 and GP4 in areas with a pH around 8.0. This may explain why the Acidbacteria phylum at site A was more abundant. Besides, OM was positively correlated with the bacterial richness indices; however, it was negatively correlated with some processes involving the biogeochemical cycling of C. These correlations may reflect the fact that OM is the main source of C and N for microorganisms, hence the direct link between OM and the number and/or types of microorganisms (Xie et al., 2017).

The nutrients in the soil are closely involved in the biogeochemical cycling of elements mediated by soil microorganisms (Bai et al., 2020). A recent study demonstrated through statistical analysis that A-N was positively correlated with the abundance and diversity of bacterial communities in Cd-contaminated soils (Liu et al., 2020). Similarly, in the present study, AN was shown to have a significantly positive correlation with the bacterial richness indices and the Shannon–Winner indices (Supplementary Table 9). Moreover, some functional groups associated with N cycling showed positive correlations with AN. Interestingly, AK was found to be negatively correlated with the bacterial Shannon indices. This finding is consistent with a previous report (Pan et al., 2020). This negative correlation for AK may be the reason why the richness and diversity at site B were higher than those of site A, as the AK in site A is greater than that at site B (Supplementary Table 2). A previous study confirmed that AP was negatively correlated with the microbial abundance and the diversity in Cd-contaminated soil (Liu et al., 2020), which is consistent with our results. Based on the above studies, the lower OM, AN, and higher AP contents may be the reason for the lowest abundance and diversity at site D, which had the lowest heavy metal/metalloid pollution among the four tested sites.

The effect of the physicochemical properties of the soils on the different bacterial phyla and genera clearly varies (Pan et al., 2020). Significant correlations between the abundance of the most dominant taxa (8 out of 10 major phyla and 20 out of 30 major genera) with at least one soil parameter were observed in this study. pH was the predominant factor for the specific bacteria phyla and genera, followed by OM. AN, AP, and AK showed no significant correlation with the predominant bacterial phyla. It is believed that the relative abundance of Bacteroidetes was positively correlated with pH, while Actinobacteria was negatively correlated (Zarraonaindia et al., 2020). A similar pattern was observed in the present study. Moreover, our results showed highly positive correlations between pH and the relative abundances of dominant Sphingomonas and Gemmatimonas. The most dominant Proteobacteria was positively correlated with OM in the soils examined. One possible reason for this is that Proteobacteria have a complex metabolism, utilizing various forms of OM as sources of C, N, and energy (Bouskill et al., 2010). In addition, also the relative abundance of Bacteroidetes was clearly positively correlated with OM. This may be due to the fact that Bacteroides are usually eutrophic and dominant in soils with large amounts of labile organic carbon (Will et al., 2010).



Effects of Metal/Metalloid Pollution on the Function of Microbial Communities in Soils

Long-term heavy metal/metalloid stress would tend to increase the abundance of tolerant microorganisms and decrease the abundance of sensitive microorganisms, thereby affecting the abundance and structure of the microbial communities and diversity (Zhao et al., 2019). A study revealed the bioavailable metals/metalloids had an important effect on the diversity and composition of bacterial communities (Zhao et al., 2019). In this study, the structure of the microbial communities in heavy metal/metalloid polluted soil changed significantly with the degree of pollution (Supplementary Figures 2, 4, 6, 7B). Moreover, the results for the Mantel tests revealed that the heavy metals/metalloids T-Cd, A-As, and A-Cd played an important role in the establishment of the microbial communities (Figure 7A). However, from all the metals/metalloids, only A-Pb was significantly positively correlated with bacterial richness indices and the Shannon–Winner indices (p < 0.05, Supplementary Table 9).

It is worth noting that seven heavy metal/metalloid parameters significantly correlated, either positively or negatively, with 8 out of 10 most abundant phyla at all four sites (Figure 7B). In the study by Janssen (2006), the dominant phyla in the healthy soil samples were Proteobacteria (39%), followed by Acidobacteria (20%) and Actinomycetes (13%); the remaining 28% of the communities consisted of Verrucomicrobia, Bacteroidetes, Chloroflexi, planctomyctes, and Gemmatimonadetes (all ranging from 2 to 7%). The results for the soil samples in the present study clearly differed from those of the microbial communities in healthy soils reported by Janssen. Proteobacteria (46.34–50.48%) were one of the most dominant phyla, followed by Acidobacteria (18.66–24.66%). Other abundant phyla were Bacteroidetes, Actinobacteria, and Gemmatimonadetes (all ranging from 2.49 to 10.02%). The results obtained from the long-term heavy metal/metalloid-polluted sites are consistent with results obtained in independent studies in similar smelter areas (Li et al., 2017, 2020b; Schneider et al., 2017; Bai et al., 2020). According to reports, the phylum Proteobacteria contain most of the heavy metal-resistant genes, followed by Actinobacteria and Bacteroidetes, as revealed by metagenome sequencing (Yan et al., 2020). This may explain high relative abundances of Proteobacteria in samples analyzed in this study. However, we found that the correlation between Proteobacteria and heavy metals/metalloids was not significant. This may be due to the fact that the long-term heavy metal/metalloid contamination had altered the soil microbial communities in such a way that the communities were in a stable state (Beattie et al., 2018).

On the genus level, differences (p < 0.05) were observed among mean abundances of 15 out of 30 genera at the four sites (Supplementary Figure 2B); and the heatmap for Spearman’s correlation analysis showed that 21 bacterial genera were clearly affected by at least one heavy metal/metalloid (Supplementary Figure 4). The predominant bacterium Sphingosinicella exhibited no obvious correlation with heavy metals/metalloids. While other predominant bacteria Sphingomonas and Gemmatimonas were moderately correlated with heavy metals/metalloids except A-Pb. Similar to this study, some researchers found that Sphingomonas was highly resistant to arsenic and antimony (Li et al., 2021b), and another study proved that Gemmatimonas was more abundant in heavily polluted areas (Guo et al., 2017).

Long-term exposure to heavy metals/metalloids can also affect the functional characteristics of the communities (Tipayno et al., 2018). According to previous reports, heavy metal stress can affect a variety of functional genes and change the soil ecological functions that are catalyzed by functional groups (Yin et al., 2015; Liu et al., 2018). Moreover, it has been reported that 30 functional groups in heavy metal-contaminated soil at a smelter site were affected by heavy metals/metalloids (Bai et al., 2020). Similarly, our results indicated that there were eight functional groups that were significantly correlated with different heavy metals/metalloids, and the two main functional groups (chemoheterotrophy and aerobic chemoheterotrophy) exhibited remarkable negative correlation with heavy metals/metalloids except A-Pb (Supplementary Table 7).



Combined Effects of the Heavy Metals/Metalloids and the Soil Properties on the Microbial Communities

In this study, Mantel tests were used to identify the respective contributions made by the heavy metals/metalloids and physicochemical properties of the soil to the bacterial communities. The Mantel tests revealed that pH (R = 0.882, p < 0.001), T-Cd (R = 0.770, p < 0.001), and A-As (R = 0.734, p < 0.001) played a key role in the establishment of the microbial communities (Figure 7A). The soil pH may influence the microbial communities in the soil contaminated by complex heavy metals/metalloids through two possible pathways. First, any change in pH will put pressure on single-celled organisms (Fierer and Jackson, 2006). Second, soil pH can directly affect the chemical forms of heavy metals/metalloids in the soil and indirectly affect the adsorption interactions between heavy metals/metalloids and the soil microorganisms (Jiang et al., 2019; Ma et al., 2020). Furthermore, heavy metals/metalloids in soil and soil pH were found to be the dominant factors affecting the microbial communities in soils (Li et al., 2020b; Zeng et al., 2020). In this study, the soil pH and the heavy metals/metalloids were found to shape the microbial communities synergistically, especially with the same significant positive or negative correlations for predominant phyla/genera, that is, for the conditions with higher contents of heavy metals/metalloids and pH, the abundances of Acidobacteria, Bacteroidetes, and Gemmatimonadetes, and the genera Sphingomonas, Gemmationas, Gp6, Gp4, Lysobacter, Flavisolibacter, and Chitinophaga increased. Therefore, the soil bacterial communities were shaped as a result of the synergistic effects of the heavy metals/metalloids in the soils and the physicochemical properties of the soils.

To date, there is limited information on the responses of the microbial communities in soils to long-term pollution with heavy metals/metalloids at the ecological level. Mantel tests revealed that T-Cd (R = 0.454, p < 0.05) and A-Zn (R = 0.478, p < 0.05) were the key factors affecting the functionality of the soil microbial communities (Figure 7A). Spearman’s correlation analysis shows that heavy metals/metalloids and the physicochemical properties of the soils had a remarkable effect on multiple biogeochemical cycling, especially on the inhibition of chemoheterotrophy and airborne chemoheterotrophy (Supplementary Table 7). However, a recent study at a smelter site showed that multiple functional groups related to various biogeochemical processes were selectively affected by different heavy metals/metalloids and the physicochemical properties of the soils, while most of the main functional groups associated with chemoheterotrophy and aerobic chemoheterotrophy were not significantly affected (Bai et al., 2020). The conflicting results can be attributed to the changes in the environmental parameters for the different study areas.



Bioremediation Potential of Bacterial Groups Identified in Soils Long-Term Contaminated With Heavy Metals/Metalloids

In this study, Sphingosinicella and Sphingomonas were the most abundant genera belonging to Proteobacteria. Proteobacteria contain species that have been widely reported to be involved in heavy metal resistance, biosorption, or biotransformation. Sphingosinicella have been reported to be resistant to As (Qiao et al., 2019). Previous studies have shown that Sphingomonas were widespread and relatively abundant in heavy metal/metalloid-contaminated soils due to long-term smelting and mining operations (Guo et al., 2017; Wang et al., 2017; Kasemodel et al., 2019; Li et al., 2020b). Moreover, Sphingomonas have been shown to play a potential role in the bioremediation of various heavy metals/metalloids, for example, Cd (Khan et al., 2016), Zn (Baskin et al., 2014), As (Kinegam et al., 2008), Cu (Wang et al., 2010), and Pb (Chen, 2011). Furthermore, it has been demonstrated that heavy metal-resistant genes in Sphingomonas, such as the czc operon, make Sphingomonas show resistance to Co, Zn, and Cd by controlling the metabolic process, and copA is the resistance gene for Cu (Asaf et al., 2018, 2020). Therefore, Sphingomonas has great potential for bioremediation of heavy metals/metalloids in contaminated soils. In addition, Lysobacter has a significant positive correlation with most heavy metals/metalloids (Supplementary Figure 3). Lysobacter belongs to the phylum Proteobacteria, which have been reported to be tolerant to Hg, As, Cr, Pb, Co, Cu, and Zn (Brito et al., 2013; Puopolo et al., 2016; Yaseen et al., 2018; Wang et al., 2020b). Yaseen et al. (2018) have confirmed that Lysobacter novalis can reduce A-Pb in soil by producing biosurfactants. It is worth noting that Gemmatimonas of the phylum Gemmatimonadetes, and Flavisolibacter and Chitinophaga of the phylum Bacteroides also exhibit heavy metal/metalloid resistance in this work. For example, Gemmatimonas is tolerant to As (Li et al., 2021a), Flavisolibacter is tolerant to Pb and Zn (Kasemodel et al., 2019), and Chitinophaga is tolerant to Ni, Cu, Zn, and Cd (Chanda et al., 2017). The interaction between bacteria and heavy metals is complex, making it a challenge to understand the basic mechanisms. Thus, the mechanisms of metal transformations by these bacteria need to be further studied in order to be able to fully exploit the full potential for bioremediation in heavy metal/metalloid contaminated soils.



CONCLUSION

It has been demonstrated that microbial richness and diversity in soil samples are regulated mainly by the physicochemical properties of the soil, both parameters exhibiting positive correlation with OM and AN, while AP and AK were negatively correlated. The structure and function of microbial communities in contaminated soils were affected by the physicochemical properties and the concentrations of heavy metals/metalloids. Among the factors, pH, T-Cd, and A-As played an important role in the establishment of the structures of the microbial communities, and T-Cd and A-Zn were found to be the key factors affecting the functions of the microbial communities. In addition, it was found that Proteobacteria, Acidobacteria, Actinobacteria, Bacteroidetes, and Gemmatimonadetes were the predominant phyla in long-term heavy metal/metalloid-contaminated soils. The research further revealed that Sphingomonas, Gemmatimonas, Gp6, Gp4, Lysobacter, Flavisolibacter, and Chitinophaga were highly tolerant to metals/metalloids. All these groups, except for GP6 and GP4, have a potential for bioremediation of heavy metal/metalloid pollution. Chemoheterotrophy and airborne chemoheterotrophy, key functions of the microbial communities, were inhibited by heavy metals/metalloids and the soil pH. In conclusion, multiple heavy metals/metalloids and the soil physicochemical properties jointly shaped the diversity of the microbial communities, structure, and function in soils that were long-term contaminated with multiple heavy metals and/or metalloids. This research broadens our understanding of microbial response to long-term multiple heavy metal/metalloid contaminations. In the future, exploring the resistance mechanism of these metal-/metalloid-tolerant prokaryotes to heavy metal/metalloid would be helpful for bioremediation of heavy metal/metalloid-contaminated areas.
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Antimony (Sb) is a priority pollutant in many countries and regions due to its chronic toxicity and potential carcinogenicity. Elevated concentrations of Sb in the environmental originating from mining and other anthropogenic sources are of particular global concern, so the prevention and control of the source of pollution and environment remediation are urgent. It is widely accepted that indigenous microbes play an important role in Sb speciation, mobility, bioavailability, and fate in the natural environment. Especially, antimony-oxidizing bacteria can promote the release of antimony from ore deposits to the wider environment. However, it can also oxidize the more toxic antimonite [Sb(III)] to the less-toxic antimonate [Sb(V)], which is considered as a potentially environmentally friendly and efficient remediation technology for Sb pollution. Therefore, understanding its biological oxidation mechanism has great practical significance to protect environment and human health. This paper reviews studies of the isolation, identification, diversity, Sb(III) resistance mechanisms, Sb(III) oxidation characteristics and mechanism and potential application of Sb-oxidizing bacteria. The aim is to provide a theoretical basis and reference for the diversity and metabolic mechanism of Sb-oxidizing bacteria, the prevention and control of Sb pollution sources, and the application of environment treatment for Sb pollution.
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INTRODUCTION

Antimony (Sb) is widely present in the lithosphere, hydrosphere, and biosphere in very trace amount. Due to its chronic toxicity, potential carcinogenicity, and global migration (Henríquez-Hernández et al., 2017; Herath et al., 2017), Sb and its compounds are classified as priority pollutants by many countries and organizations, such as the European Council, the United States Environmental Protection Organization, the Chinese Environmental Protection Agency, and the Japanese Environmental Protection Agency (Council of the European Union, 1990; United States Environmental Protection Agency, 1997; China National Standardization Administration Commission, 2006). The permitted maximum concentration of Sb in drinking water has been set by the World Health Organization at 5 μg/L (Shan et al., 2014). Against this standard, many rivers and groundwater zones in China are seriously polluted, especially in the vicinity of Sb mining area.

The element Sb is a national priority as one of the significant resources widely used in semiconductors, diode, glass, flame retardant, and other industries with high international demand (He et al., 2019). Anthropogenic activities such as mining and smelting industries are the main source of Sb contamination (Henríquez-Hernández et al., 2017; Herath et al., 2017). Approximately 140,000 tons of Sb is mined and supplied to various industrial sectors annually (Filella et al., 2002; Shan et al., 2014; Li J. et al., 2018). The large volumes of waste rocks from mining are continuously weathered at the surface and release antimony ions under the interaction of chemistry and microorganism (Palmer et al., 2019; Ren et al., 2019), which have elevated the content of Sb in water and soil environment (Kuang et al., 2013; Wang et al., 2019), posing a great risk to the aquatic ecosystems and to drinking water supply, agricultural security, and human health particularly close to the mine site (He et al., 2002, 2012). Consequentially since the 1970s, much attention has been paid to validating techniques for Sb removal. Numerous high-efficiency removal technologies and methods, such as coagulation precipitation, electrochemistry, ion exchange, adsorption, and membrane filtration (Zhang et al., 2019; Hassan et al., 2020; Long et al., 2020; Wang et al., 2020; Xiong et al., 2020; Zeng et al., 2020), have been developed to treat aqueous solutions and support the phytoremediation of Sb-contaminated soil. A crucial aspect of the geochemical behavior of Sb in nature is the dissolution and oxidation of antimonite from Sb-contaminated minerals and rocks (Wilson et al., 2010; Wang X. Q. et al., 2011), which are caused by coupling of mining activities with microbial interaction. However, the role of microbes and the detailed molecular mechanism in the dissolution and oxidation of antimonite in Sb-containing minerals and pristine rocks remain poorly understood.

As a global priority pollutant, the toxicity and mobility of Sb are dependent upon its chemical speciation in the environment. Elemental Sb is more toxic than its salts, and inorganic species of Sb are more toxic than organic species (Zhang et al., 2010; Shtangeeva et al., 2011). Moreover, the toxicity of antimonite [Sb(III)] is orders of magnitude more than that of antimonate [Sb(V)] (He et al., 2019). The chemical properties of Sb have aroused greater interest as its biogeochemical behavior in the environment is further studied. The abiotic dissolution and oxidation of Sb(III) from antimonite, antimony blende, and valentinite are very slow at neutral conditions (Ren et al., 2017, 2018; He et al., 2019). However, this process is significantly accelerated under microbial-mediated condition (Levett et al., 2020; Loni et al., 2020), implying that it is the biotic dissolution and oxidation that contribute to the formation of Sb pollution (Bagherifam et al., 2019). Sb is highly toxic to organisms, but some indigenous microbes can survive in highly Sb-contaminated environments, even subsisting on oxidized antimony-containing minerals as energy sources. Under continuous stress from high concentrations of Sb, these microbes have evolved various metabolic reactions, including dissolution, oxidation, reduction, methylation, mineralization, and bioaccumulation (Li, 2017; Figure 1). These mechanisms play a vital role in the geochemical cycle of Sb and also determine the ultimate fate of Sb in the environment. Microbial oxidation reactions can produce less-toxic and more mobile Sb(V) (Li et al., 2015; Loni et al., 2020), and it is considered to be an environmentally friendly and efficient method for the remediation of antimony pollution (Filella et al., 2007). It is thus of great significance to understand the oxidation and transformation of Sb and the interaction between microbes and the various forms of Sb under microbial mediation, as these reactions will enhance our understanding of Sb behavior in its biogeochemical cycle and environmental impacts (He and Chen, 2014; Burton et al., 2019). These interactions are also fundamental in developing Sb pollution prevention and control (Fan et al., 2019; Guo et al., 2019; He et al., 2019; Karimian et al., 2019a, b) and bioremediation technology (Shtangeeva et al., 2011; Long et al., 2019; Ma et al., 2019; Sun et al., 2019; Deng et al., 2020). Although the microbial metabolism of Sb has been preliminarily discussed in several studies (Li et al., 2015; Liu et al., 2015), Sb(III) resistance mechanisms; Sb(III) oxidation characteristics and mechanisms; and the interaction between Sb-oxidizing bacteria and Sb are still poorly understood, and bioremediation technology for Sb pollution is difficult to apply in practice (He and Chen, 2014; Burton et al., 2019). Based on this, we review the progress of research on the role of Sb-oxidizing bacteria, focusing on the following: (1) the screening, identification, diversity, and phylogenetic level of Sb-oxidizing bacteria and their correlation between arsenic (As)-oxidizing bacteria; (2) Sb resistance, mechanism, and influencing factors of Sb-oxidizing bacteria; (3) the rate of Sb(III) oxidation, influencing factors, Sb(III) oxidase, and the oxidation mechanism of Sb-oxidizing bacteria; and (4) application status and prospect of Sb-oxidizing bacteria in environmental remediation. The purpose of this paper is to provide a theoretical basis for understanding the role of Sb-oxidizing bacteria in the process of Sb geochemical cycle, to prevent and control Sb pollution at their source and provide opportunities for bioremediation.
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FIGURE 1. The biotransformation relationship among the various forms in Sb biogeochemical cycling (Li, 2017).




SCREENING, IDENTIFICATION, AND DIVERSITY OF Sb-OXIDIZING BACTERIA


Screening and Separation Environment and Separation Conditions of Sb-Oxidizing Bacteria

The microbes that can oxidize Sb(III) to Sb(V) with comparatively low toxicity in the natural environment are called Sb-oxidizing bacteria (Shtangeeva et al., 2011; He et al., 2019). Sb-oxidizing bacteria play a vital role in the biogeochemical cycle of Sb (Filella et al., 2007; He et al., 2019). Compared with As-oxidizing bacteria, although the research on Sb-oxidizing bacteria started relatively late, the screening of Sb-oxidizing bacteria has also achieved considerable advancement since the initial report of Sb-oxidizing bacteria Stibiobacter senarmontii in 1974 (Lialikova, 1974). Subsequently, it has been discovered that antimony-oxidizing bacteria are widely distributed in the natural environment. More than 90 strains with antimony oxidation capability have been screened from Sb-contaminated soil or mining sediments in China, South Korea, Japan, Russia, and the United States (Supplementary Table 1). What is worth mentioning is that Li et al. (2013), Shi et al. (2013), Nguyen et al. (2017a), Nguyen and Lee (2015), and other teams have made significant contributions to the field of screening of Sb-oxidizing bacteria. As shown in Supplementary Table 1, more than 80% of Sb-oxidizing bacteria are currently screened from Sb-contaminated soil in China. This result implies that Sb pollution of soil in some mining areas is very serious because of the poor environmental control in the past, and the intrinsic environmental risk from Sb pollution cannot be ignored. On the other hand, it also indicates that Sb pollution in soil has attracted the attention of Chinese scholars and government departments (He et al., 2019). Therefore, with a detailed study in the future, more and more Sb-oxidizing bacteria will be isolated and purified to construct an integrity and diversity Sb-oxidizing bacteria resource database, which lays the foundation for the research and application of Sb-oxidizing bacteria.

Resistance screening that is based on the Sb-contaminated medium is the main method to screen Sb-oxidizing bacteria in the environment. The commonly used bacterial screening media can be divided into two categories: media with a carbon source and media without a carbon source. The media with a carbon source includes chemically defined medium (CDM) (Shi et al., 2013), modified chemically defined medium (M-CDM) (Nguyen et al., 2017a), chemically defined medium CDM-A plates (CDM-A) (Terry et al., 2015), beef extract peptone agar medium (Du et al., 2020), and minimal medium with high carbon conditions or low carbon conditions (LCM/HCM enrichment medium) (Hamamura et al., 2013). According to different metabolic types, Sb-oxidizing bacteria can be divided into chemoautotrophic and heterotrophic. Most of the Sb-oxidizing bacteria are heterotrophic bacteria (Supplementary Table 1), which can be screened and purified using a medium with a carbon source. These bacteria cannot assimilate CO2 into cells to synthesize organic molecules to support their growth with oxidizing Sb(III). The energy that is produced by Sb(III) oxidation is mainly used for transport of Sb, DNA damage repair, protein synthesis, and cell movement (Li, 2017; Gu et al., 2019). It may also be partially released in the form of thermal energy (Li, 2017; Gu et al., 2019). The autotrophic Sb-oxidizing bacteria, which can promote their growth by oxidizing Sb(III) and coupling with the stationary CO2, can be isolated in a medium without a carbon source. These bacteria include S. senarmontii (Lialikova et al., 1976), Variovorax paradoxus IDSBO-4 (Terry et al., 2015), Sulfobacillus spp., Leptospirillum spp., Ferroplasma spp., Sulfobacillus thermotolerans strain Sb-K, Sulfobacillus sibiricus strain Sb-F, and Sulfobacillus thermosulfidooxidans strain Sb-S. These studies also suggest that autotrophic Sb-oxidizing bacteria, which can oxidize Sb(III) for energy to survive, probably widely exist in Sb mining areas and Sb-contaminated soils, providing a breakthrough and direction for studying the Sb biogeochemical cycling (Tsaplina et al., 2013).



Diversity and Phylogenetic Characterization of Sb-Oxidizing Bacteria

Bioinformatics analysis is one of the most common and important methods for microbial identification. According to incomplete statistics, about 97 strains with Sb(III) oxidation ability were isolated or discovered so far. The bioinformatics statistical analysis of these strains in phylum, class, order, family, and genus is listed in Supplementary Table 2. On the basis of 16S rRNA gene sequences, a neighbor-joining phylogenetic tree of Sb-oxidizing bacteria (88 strains) was constructed (Figure 2), and their consanguinity was analyzed. As shown in Figure 2, the phylogenetic analysis identified the 88 strains into 26 genera belonging to six major bacterial lineages: α-proteobacteria (22.9%), β-proteobacteria (17.8%), γ-proteobacteria (46.8%), Actinobacteria (4.2%), Firmicutes (4.2%), and Bacteroides (1.0%). These imply that Proteobacteria, Actinomycetes, Firmicutes, and another phylum of microbes are compactly relevant to the biogeochemical cycling of Sb, and Sb-oxidizing bacteria are probably present in these four phyla in which α-, β-, and γ-proteobacteria are the most likely phylum, consistent with the conclusions of relevant studies (Wang et al., 2017).
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FIGURE 2. Maximum-likelihood phylogenetic tree of 16S rRNA gene of Sb(III) oxidizers. The red marks represent Sb-oxidizing bacteria with antimony and As oxidation ability.


From the perspective of genus level, the reported or isolated Sb-oxidizing bacteria were distributed over 27 genera, including Pseudomonas (31.96%), Comamonas (10.31%), Acinetobacter (9.24%), Rhizobium (5.15%), Stenotrophomonas (4.12%), Acidithiobacillus (3.09%), Ensifer (3.09%), Paracoccus (3.09%), Shinella (3.09%), Sinorhizobium (3.09%), Variovorax (3.09%), Cupriavidus (2.06%), Pseudarthrobacter (2.06%), and Sphingopyxis (1.03%) (Figure 3). The first five proportions of Sb-oxidizing bacteria in genus, Pseudomonas, Comamonas, Acinetobacter, Rhizobium, and Sphingomonadaceae, was up to 59.79%. Moreover, the five genera of Sb-oxidizing bacteria are isolated from different Sb mining area, such as Dalong in Guizhou, Ichikawa Antimony Mine, and Xikuangshan (Li et al., 2013; Shi et al., 2013; Terry et al., 2015; Wang et al., 2021), and are commonly known as typical Sb-oxidizing bacteria (Li, 2017). These show that typical Sb-oxidizing bacteria widely exist in Sb-contaminated soils and are the major participants in biogeochemical cycling of Sb (Wang et al., 2018, 2021). Owing to the long-term Sb stress, the typical Sb-oxidizing bacteria are constantly evolving to obtain Sb resistance and the ability to oxidize and play important roles in the biological geochemistry of Sb. However, to the best of our limited knowledge, there are few reports on the typical Sb-oxidizing bacteria. Therefore, in order to comprehend Sb biogeochemical cycling and develop safe and efficient Sb pollution bioremediation technology, it is especially important and urgent to research some related physiological and biochemical characteristics, Sb resistance, and Sb oxidation mechanism of the typical Sb-oxidizing bacteria.
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FIGURE 3. An analysis of Sb-oxidizing bacteria structure at the genus level.




Correlation Between Sb-Oxidizing Bacteria and As-Oxidizing Bacteria

Due to the similar chemical and toxicological properties of Sb and As (Wen et al., 2018; He et al., 2019), some scholars once believed that the mechanism of microbial oxidation of Sb(III) is exactly the same as that of As(III). In 2007, it was reported that Agrobacterium tumefaciens 5A could oxidize As(III) or Sb(III) (Lehr et al., 2007), but the expression of the aioA gene, which functions as an As(III) and Sb(III) oxidase, was induced by As(III) but not by Sb(III). Moreover, a disruption of the aioA gene caused only 25% decrease of the Sb(III) oxidation. In 2012, some researchers (Xiong et al., 2011; Li et al., 2013) discovered Comamonas testosteroni S44 could oxidize Sb(III) but not As(III), while Hamamura et al. (2013) also discovered that Sinorhizobium sp. A2 containing the aioA gene could only oxidize As(III) but not Sb(III). Terry et al. (2015) found that the autotrophic bacterium Hydrogenophaga taeniospiralis IDSBO-1 containing the aioA gene could oxidize As(III) but not Sb(III) under aerobic conditions, but it could oxidize Sb(III) using NO3– as electron acceptor under anaerobic conditions. These reports showed that microbial oxidation of Sb(III) is catalyzed by a pathway different from the microbial oxidation of As(III) pathway catalyzed by aioA. The Sb-oxidizing bacteria and As-oxidizing bacteria that have been reported are distributed in the phyla α-, β-, and γ-proteobacteria, but their distribution in small taxa is quite distinguishing. Only a portion of the antimony-oxidizing bacteria can simultaneously oxidize Sb(III) and As(III) (Shi et al., 2013). According to incomplete statistics, there are 14 kinds of strains that oxidize of Sb(III) and As(III) (Figure 3), including α-proteobacteria (five strains), γ-proteobacteria (five strains), β-proteobacteria (two strains), and other (two strains). All of the strains possess AioA enzyme that can catalyze the oxidation reaction of Sb(III) and As(III) (Nguyen and Lee, 2015; Nguyen et al., 2017b). These show that Sb-oxidizing bacteria and As-oxidizing bacteria are not only relevant but also have certain discrepancies. At present, compared to As(III) oxidation, much less information and research method are available for microbial roles in Sb(III) oxidation (Hayat et al., 2017). At the same time, there is a relatively complete As-oxidizing gene and enzyme system that has been discovered with further studies of As-oxidizing bacteria. Therefore, the research methods of As-oxidizing bacteria can be used to research Sb-oxidizing bacteria.



ANTIMONY RESISTANCE AND MECHANISM OF Sb-OXIDIZING BACTERIA


Resistance of Sb-Oxidizing Bacteria

For survival, indigenous microbes have gradually evolved properties and metabolic mechanisms of resistance to potentially toxic metals under long-term metal stress. The minimal inhibitory concentration (MIC), defined as the lowest the concentration of Sb(III) that inhibited bacteria growth, was determined. We summed up the MIC of reported Sb-oxidizing bacteria to Sb(III) and As(III) (Supplementary Table 3 and Figure 4). As shown in Supplementary Table 3, The Sb(III) resistance of Sb-oxidizing bacteria is significantly discrepant with MIC of 0.1–100 mmol/L. It is notable that some indigenous microbes, including Bosea sp.AS-1 (50.2 mmol/L) (Lu et al., 2018), Pseudomonas sp. AO-1 (66.1 mmol/L), Enterobacter sp. AO-3 (66.1 mmol/L), and Pseudomonas sp. ZH1 (100 mmol/L) (Hua et al., 2019), which were screened from the serious Sb-polluted soil (16,312–5,000 > mg/kg), exhibited extremely high MIC for Sb(III), and the MIC of the these bacteria outclassed that of non-indigenous bacteria. Therefore, it can be asserted that high Sb-contaminated environment influences Sb-oxidizing bacteria Sb(III) resistance with enhancing their Sb(III) resistance and oxidation ability (Gu et al., 2019). As shown in Figure 4, there were obvious differences between the same genus of Sb-oxidizing bacteria Sb(III) resistance, for instance the Sb(III) resistance of Pseudomonas sp. ZH1 (100 mmol/L) (Hua et al., 2019) is about 1,000 times that of Pseudomonas sp. DC5 (0.1 mmol/L) (Shi et al., 2013). This implies that the Sb resistance and metabolic mechanism of microbes are multifarious and should be further studied. Furthermore, some Sb-oxidizing bacteria, such as Sulfobacillus spp., Leptospirillum spp., Ferroplasma spp., S. thermotolerans strain Sb-K, S. sibiricus strain Sb-F, S. thermosulfidooxidans strain Sb-S (Tsaplina et al., 2010; Zhuravleva et al., 2011), and Roseomonas rhizosphaerae YW11, exhibited higher tolerance to Sb(III) than to As(III). In contrast, some Sb-oxidizing bacteria, such as Comamonas sp. S44 (Xiong et al., 2011; Li et al., 2013), Comamonas sp. JL25, Comamonas sp. JL40, Variovorax sp. JL23, Acinetobacter sp. JL7, Stenotrophomonas sp. JL9, Bosea sp. AS-1 (Xiang et al., 2022), and Pseudomonas stutzeri TS44, exhibited higher tolerance to As(III) than to Sb(III). There were obvious differences between Sb(III) resistance and As(III) resistance of the same Sb-oxidizing bacteria (Li et al., 2013). The main reason is the different metabolic pathways and resistance mechanisms of microbe to Sb(III) and As(III) and the toxicity of Sb(III) and As(III), but this needs further investigation.
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FIGURE 4. Statistical analysis results of the MIC for Sb(III) of Sb-oxidizing bacteria.




Sb(III) Resistance Mechanism of Sb-Oxidizing Bacteria

The resistance to Sb(III) of Sb-oxidizing bacteria involves transformations, oxidation–reduction, methylation, and chelation mechanisms (Wysocki et al., 2003; Filella et al., 2007; Li, 2017).


Sb Transformations

Antimony is a non-essential element and is toxic to most organisms. Therefore, Sb transformations, including Sb uptake, efflux, and in vivo detoxification (Wysocki et al., 2001), play a significant role in the resistance of microbe. One of these, Sb efflux, is a principal and extensive transport mechanism in Sb-oxidizing bacteria.


Sb(III) uptake

In 1998, a study by Suzuki et al. (1998) confirmed the glycerol transporter GlpF could transport Sb(III) into Escherichia coli cell, and homologue Fps1F of GlpF also has the same function in Saccharomyces cerevisiae (Sanders et al., 1997; Meng et al., 2004). Subsequently, Wysocki et al. (2001) discovered that when the heavy metal transport gene fpsl is disrupted or is down-regulated, the Sb(III) resistance of S. cerevisiae is enhanced, indicating fpsl gene with the function of Sb(III) uptake. Liu et al. (2002) discovered that AQP1 aquaporin facilitates Sb(III) across Leishmania cell membranes, and AQP7 and AQP9 aquaporin also facilitate Sb(III) across mammalian cells. Recently, Gu et al. (2019) discovered the pst gene, a transmembrane transporter with Sb(V) uptake, was down-regulated under Sb(III) stress. To the best of our knowledge, there are few studies that relate the specific aquaporin or proteins with the function of Sb(III) uptake.



Sb(III) efflux

Sb(III) efflux that can avoid Sb(III) accumulation in cells is one of the primary defense mechanisms of microbes against Sb(III) stress and toxicity. At present, four protein families have been reported to have the function of Sb(III) efflux in bacteria. The first and most important category is ArsB transport protein of ion transport family (Rosen and Borbolla, 1984; Suzuki et al., 1998; Butcher et al., 2000; Rosen, 2002). As Sb(III)/As(III) resistant, ars operon may be in bacterial plasmids or chromosomes, and its expression can be induced by Sb(III) and As(III). The ars operon can encode some Sb(III)/As(III) resistance genes, including arsR, arsA, arsB, arsC, arsD, arsH, acr3, and so on. Among those genes, the arsB gene can encode ArsB transport protein, which is a trivalent metal/H+ antiporter. When ATP hydrolase ArsA exists, ArsB transport protein can efflux Sb(III)/As(III) with energy produced by hydrolysis of ATP (Xu et al., 1998), and without ArsA, ArsB transport protein can efflux Sb(III)/As(III) using the electron chemical proton gradient generated by itself (Achour et al., 2007; Wang G. et al., 2011). The ArsB transport protein, which regulates Sb(III)/As(III) efflux (Li, 2017), is found widely in Sb-oxidizing bacteria, such as E. coli (Carlin et al., 1995), Pseudomonas aeruginosa (Ma et al., 1999), Bacillus subtilis (Sato and Kobayashi, 1998), Staphylococcus aureus (Silver, 1998), and Acidiphilium multivorum (Suzuki et al., 1998). More recently, studies have further found that the expression of ArsB is induced by Sb(III) in some microbes that exhibited higher MIC for Sb(III) with up-regulation of ArsB expression, such as Comamonas sp. S44 (Li et al., 2013), A. tumefaciens 5A (Wang et al., 2015), and Acinetobacter johnsonii JH7 (Gu et al., 2020). The second category is Acr3p transport protein of ion transport family (Rosen and Borbolla, 1984; Suzuki et al., 1998; Butcher et al., 2000; Rosen, 2002). The Acr3p protein and its homologous YqcL protein in the As transport family encoded by the acr gene cluster (acr1, acr2, and acr3) can substitute the ArsB protein as the Sb(III)/As(III) efflux pump (Achour et al., 2007). The Acr3p transfer protein or acr3p gene has been detected in some Sb-oxidizing bacteria, such as Comamonas sp. S44 (Li et al., 2013), A. tumefaciens 5A (Wang et al., 2015), Bosea sp. AS-1 (Lu et al., 2018), and R. rhizosphaerae strain YW11 (Sun et al., 2020). Li et al. (2017) found that disruption of acr3 gene would reduce the Sb(III) resistance of A. tumefaciens 5A. This study directly confirmed that Acr3p transport protein was associated with Sb(III) resistance (Bobrowicz et al., 1997; Maciaszczyk-Dziubinska et al., 2011; Kang et al., 2014). With the helping of real-time PCR technology, Luo et al. (2014) further found that the abundance of ArsB and Acr3 in soil was positively correlated with the concentration of As and Sb, implying that Sb(III)/As(III) could induce the expression of arsB and acr3 resistance genes and increase Sb(III)/As(III) resistance in most bacteria. Therefore, ArsB and Acr3p transport proteins are universal Sb(III) efflux pump. The third category is the ABC transporter family in eukaryotes (Ghosh et al., 1999; Manzano et al., 2013). The ABC transporter YCF1 in S. cerevisiae increases the Sb(III) resistance by accumulating Sb–glutathione (GSH) compounds in the vacuole. The fourth category contains transport proteins or enzymes, including glycerol channel protein GlpF, Fpslp, CzcA, CopA, and CopB enzymes. GlpF can transport Sb(III) into cells in E. coli, and Fpslp and Acr3 have the function of Sb(III) efflux in S. cerevisiae (Bobrowicz and Uaszewski, 1998; Wysocki et al., 2001). Recently, Gu et al. (2019) found that the regulation of CzcA, CopA, and CopB enzymes, which were defined as functional Sb(III) efflux, was up-regulated under Sb(III) stress. To summarize, due to the diversity and complexity of proteins or enzymes, the ones required for Sb(III) efflux are still unknown and need further investigation.



Sb(V) transformation mechanism

At present, few reports exist specifically reporting the mechanism of Sb(V) transformation by microbes. Moreover, there are insignificant differences between Sb(V) transformation and Sb(III) transformation (Christian et al., 2003), and there were two probable microbial Sb(V) transformation mechanisms. The first, similar to As(V), Sb(V) is transported by immediate (specific) channels or transport family proteins, such as the phosphate transport system Pit or Pst (Gu et al., 2020). The second, Sb(V) is first reduced to Sb(III), followed by Sb(III) uptake or efflux (Xu et al., 1998; Martin et al., 2001). In addition, Gu et al. (2020) considered that there may be more kinds of Sb(V) transformation mechanisms in microbes, but it needs to be confirmed.



Antimony Oxidation–Reduction


Oxidation

The conversion between Sb(III) and Sb(V) is restricted and affected by abiotic and biological factors. Microbial oxidation that converts the toxic Sb(III) to less-toxic Sb(V) improves the microbial tolerance to Sb (Leuz and Johnson, 2005) and the adaptability to natural environment. Moreover, some chemoautotroph Sb-oxidizing bacteria, such as S. senarmontii (Lialikova, 1974; Lialikova et al., 1976), can utilize the energy generated from Sb(III) oxidation reaction to maintain normal growth. As shown in Supplementary Table 3, the more than 90 indigenous Sb-oxidizing bacteria exhibited higher MIC for Sb(III) than the ordinary bacteria. The results implied that Sb resistance of Sb-oxidizing bacteria is associated with their biological oxidative ability and has nonlinear relationships (Li et al., 2013). The reason maybe is that the Sb(III) resistance of Sb-oxidizing bacteria is determined by Sb transformations (uptake and efflux), redox, and methylation, and the role of oxidation in the Sb(III) resistance of different Sb-oxidizing bacteria is distinct.



Reduction

Under anaerobic conditions, some microbes can reduce Sb(V) to Sb(III). Kantin (1983) first reported that the macroalgae Sargassum sp. can reduce Sb(V) to Sb(III) in seawater. In 2014, researchers (Shaked-Mishan et al., 2001; Ferreira et al., 2003; Zhou et al., 2004; Hansen et al., 2011) discovered some reducing substances, such as As reductase Acr2 or glutathione, also serve the same function. Recently, some scholars (Liu et al., 2018; Zhu et al., 2018) discovered various Sb-reducing bacteria and found that some of them have a dissimilation respiration capacity during the reduction of Sb(V). This means that there is a metabolic mechanism of Sb(V) as the energy source, which is prominently associated with its Sb resistance (Ca and Jt, 2014; Kulp et al., 2015). In addition, Sb-reducing bacteria, such as Bacillus sp. MLFW-2 (Zhu et al., 2018) and Sinorhizobium sp. JUK-1 (Nguyen and Lee, 2014; Rai et al., 2018), will produce biologically generated secondary minerals during the reduction of Sb(V) to Sb(III) (Zhu et al., 2018), which lays the foundation for application to the extraction of low-grade antimony ores and microbial remediation technology (Zhang et al., 2019).



Antimony Methylation

Antimony biomethylation refers to catalytic transfer of the methyl groups of active methyl compounds to Sb and its compounds in the biological metabolic process. The three forms of Sb methylation are monomethylated Sb CH3SbH2 (MMSb), dimethylated Sb (CH3)2SbH (DMSb), and trimethylated Sb (CH3)3Sb (TMSb) (Gürleyük et al., 1997). Previous studies found that Sb methylation widely occurred in fungi, archaea, and bacteria (Zhang et al., 2021b). Jenkins et al. (1998) discovered filamentous fungi Scopulariopsis brevicaulis and Phaeolus schweinitzii could convert inorganic potassium Sb tartrate into TMSb under aerobic conditions. Subsequently, Michalke et al. (2000) also reported that the formation of TMSb occurred under anaerobic conditions in Clostridium collagenovorans and Desulfovibrio vulgaris. Methanobacterium formicicum could convert inorganic Sb compounds into MMSb or DMSb. Gürleyük et al. (1997) discovered that the aerobic bacteria Pseudomonas fluorescens could produce trimethyl antimony bromide. Smith et al. (2002) reported that Cryptococcus humicolus could convert Sb(V) into TMSb. Jenkins et al. (2002) found that Flavobacterium sp. also has a methylation function. Meyer et al. (2007) discovered that anaerobic cultured Gram-positive bacteria Clostridium glycolicum could convert inorganic Sb into volatile methyl compounds DMSb and TMSb. In addition, both C. glycolicum AS and Flavobacterium sp. can convert inorganic Sb into DMSb and TMSb (Jenkins et al., 2002; Meyer et al., 2007). Due to similar chemical properties, Sb methylation and As methylation are correlated with the similar biological process and mechanism. However, As biomethylation reactions occur more widely than those of Sb (Andrewes et al., 2000). Moreover, trace As can promote Sb methylation reaction in the environment, but the presence of Sb can inhibit As methylation reaction. Several studies (Andrewes et al., 2000; Wehmeier and Feldmann, 2005) had shown that As methylase and S-methionine methyltransferase play a crucial role in the process of Sb(III) methylation, and GSH and methylcobalamin may be involved in the process of Sb(V) methylation. However, the genes or enzymes required for Sb methylation are still unknown. In addition, it is generally deemed that Sb methylation was more likely to occur in Sb(III) than in Sb(V) compounds (Andrewes et al., 2000; Filella, 2010). In summary, Sb methylation has been regarded as a detoxification process, which is prominently associated with Sb resistance (Jenkins et al., 2002), but generated more migratory organic antimony, resulting in global Sb migration and pollution (Herath et al., 2017). Overall, Sb biomethylation plays a key role in the biogeochemical cycle of Sb and is closely related with public health, but the genes or enzymes required for Sb biomethylation are still unknown and need further study.



Environmental Factors

In order to enhance tolerance to Sb and maintain survival, Sb-oxidizing bacteria can synthesize more cell wall and peroxide under exposure to Sb(III). Gu et al. (2020) found that the expression of outer membrane protein and its assembly factor (YgfL, BamE, lipoprotein-34, MltD, Ddl, OMPP1, LpxB, LptE, LptD, and 28-kDa outer membrane protein) of A. johnsonii JH7 was up-regulated under Sb(III) stress and thus would synthesize more extracellular polymer (EPS), which could adsorb Sb(III) and reduce Sb uptake. Several studies (Wang et al., 2015; Li, 2017; Gu et al., 2020) have shown that the contents or activities of GST, CAT, and GPx (peroxidase) increased in microbes under Sb(III) stress, which promotes the conversion from the toxic Sb(III) to less-toxic Sb(V), resulting in improving the microbial tolerance to Sb (Leuz and Johnson, 2005). Under Sb(III) stress, the expression of ribosomal subunits with translation and protein metabolism; dihydrolipoyl dehydrogenase and phosphoenolpyruvate carboxylase related to energy metabolism; proteins associated with TCA cycle; and oxidative phosphorylation genes is up-regulated. These findings indicated that microbes took more energy under Sb(III) stress, than under a normal condition (Li, 2017), and increased energy requirements principally were used for Sb transformations, DNA damage repair, protein synthesis, and cell movement (Li, 2017). Environmental factors will affect the growth and reproduction of bacteria, but how these affect bacterial Sb resistance is still unknown. Based on the analysis of 125 Sb-resistant strains (36 Sb-oxidizing bacteria), Shi et al. (2013) found that the concentration of Sb and copper in the soil was the signification factor affecting bacterial Sb resistance, but other environmental factors (O-M, S, N, P, NO3–, Fe, As, and pH in soil) did not reach significant correlation with the MIC for Sb(III) (p > 0.05). Subsequently, Luo et al. (2014) also found that the abundance of ArsB and Acr3, as well as the MIC for Sb(III), was positively correlated with the As and Sb concentrations in the soil. However, Lu et al. (2018) found that the As resistance of Bosea sp. AS-1 was uncorrelated with the concentration of As in the environment. To the best our knowledge, there are few literatures that report the related environmental factors affecting the Sb resistance of Sb-oxidizing bacteria. Therefore, how environmental factors affect the Sb resistance of Sb-oxidizing bacteria is still unclear and needs further research.



Sb Resistance Mechanism of Sb-Oxidizing Bacteria

The Sb(III) resistance of Sb-oxidizing bacteria is mainly determined by the regulation system of intracellular Sb concentration, Sb valence transformation system with detoxification (Lialikova, 1974; Terry et al., 2015), energy metabolism system, cell wall formation system, and peroxide generation system (Liu et al., 2015; Wang et al., 2016; Li, 2017). Therefore, the Sb(III) resistance mechanism of Sb-oxidizing bacteria is a complex system (Li et al., 2015; Gu et al., 2020), involving more than a dozen biochemical reactions, such as Sb transformations, oxidation–reduction, methylation, and chelation mechanisms (Wysocki et al., 2003; Filella et al., 2007; Li, 2017; as shown in Figure 5).


[image: image]

FIGURE 5. An overview of Sb(III) resistance regulation of Sb-oxidizing bacteria. Arrows on solid blue lines ([image: image]) indicate the function of proteins that have been reported and validated; arrows on dashed red lines ([image: image]) indicate proposed protein functions and have not been reported elsewhere or require further validation. Up-regulated proteins (upward pink arrows) and down-regulated proteins (downward green arrow) are indicated. Pathways include the following: ➀ carbon metabolism; ➁ oxidative phosphorylation; ➂ reactive oxygen species (ROS) scavenging; ➃ Sb efflux; ➄ phosphate transporters; ➅ metallophores; ➆ amino acid synthesis; ➇ anti-stress proteins; ➈ cell wall formation; ➉ ribosomal and peptide syntheses; and (11) Sb(III) uptake (for interpretation of the references to color in this figure legend, the reader is referred to the web version of this article).




THE PERFORMANCE AND MOLECULAR MECHANISM OF Sb-OXIDIZING BACTERIA


Sb-Oxidizing Bacteria Oxidation Rate for Sb(III)

Microbial Sb(III) oxidation, which transforms Sb(III) to Sb(V), could be considered a means of detoxification because the toxicity of Sb(III) is orders of magnitude more than that of Sb(V) (He et al., 2019). Moreover, Sb(V) is very stable with high solubility and mobility in solution. So, microbial Sb(III) oxidation plays a crucial role in Sb speciation, mobility, bioavailability, and fate in the aquatic environment (Thanabalasingam and Pickering, 1990; Leuz et al., 2006a; Li, 2017). Asta et al. (2012) reported that the abiotic dissolution and oxidation of Sb(III) from low-grade ore, such as Sb2S3, FeSb2S4, and Sb2O3, are extremely slow at a neutral condition with a half-life of 170 days. The oxidation rate of Sb(III) was significantly promoted by redox changes in the soil (Hockmann et al., 2014). Studies (Blackmore et al., 2018) further found that the release rate of Sb(III) from antimony ore waste rock was significantly enhanced under the microbial mediation. It can be seen that this mediation can vastly accelerate the dissolution and oxidation rate of Sb(III) from Sb-bearing minerals and rocks. So, microbial Sb(III) oxidation is one of the most important driving forces for the formation, migration, transformation, and fate of Sb pollution in the mining area (Tsaplina et al., 2010). It is thus of great significance to understand the Sb(III) oxidation mechanism, as these processes will greatly enhance our understanding of the Sb biogeochemical cycle and its environmental impacts (Loni et al., 2020).

The oxidation rate of Sb(III) is a vital index to evaluate the oxidation performance of Sb-oxidizing bacteria and also reflect the contribution of Sb-oxidizing bacteria in Sb biogeochemical cycling. So, determining the oxidation rate of Sb(III) has been of considerable interest. The results of the oxidation rate of Sb(III) are presented in Table 1. The maximum oxidation rate (Vmax) of Paracoccus versutus XT0.6 is up to 902.88 μM/day under aerobic conditions (Loni et al., 2020), then followed by Ensifer sp. strain NLS4 (460.8 μM/day) and Shinella sp. strain NLS1 (403.2 μM/day) (Nguyen et al., 2017a). Due to the uncertainty and difficulty in determining the maximum oxidation rate of Sb(III), the average oxidation rate of Sb(III) (Vavg) is conventionally determined. The Vavg of different Sb-oxidizing bacteria is 0.10–300 μM/day (Table 1), and the oxidation performance has significant discrepancies (Li et al., 2013; Nguyen et al., 2017a). Moreover, the Vavg for different Sb-oxidizing bacteria varies widely. The Vavg of Pseudomonas sp. AO-1, Pseudomonas sp. NL6 were 48 and 1.72 μM/day, respectively. In addition, some Sb-oxidizing bacteria, such as Shinella sp. strain NLS1 (66.7 μM/day) (Nguyen et al., 2017a), H. taeniospiralis strain IDSBO-1 (55.56 μM/day), and P. versutus XT0.6 (100 μM/day) (Loni et al., 2020), exhibited Sb(III) oxidation ability with nitrate as the electron acceptor under anaerobic conditions. These results indicated that some Sb-oxidizing bacteria have disparate metabolic pathways and mechanisms for Sb(III) under aerobic and anaerobic conditions, but further study is needed.


TABLE 1. Comparison of oxidation rate of Sb(III) for Sb-oxidizing bacteria.
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Influencing Rate of Sb(III) Oxidation by Sb-Oxidizing Bacteria

The microbial oxidation rate of Sb(III) is closely associated with their living environment (abiotic factor) and genetic characteristic (Li et al., 2021). Abiotic factors, such as Sb form/solid phase, temperature, pH, type of carbon source, electron acceptor [dissolved oxygen (DO), nitrate], redox potential (Eh), and presence of iron/manganese (hydr)oxides, play a part in microbial oxidation of Sb(III). Although microbial oxidation of Sb(III) was already reported, the underlying abiotic factors are largely unexplored and not elucidated. Bacterial genetic characteristics mainly include the diversity and expression abundance of Sb(III)-oxidizing genes or enzymes (Li et al., 2013; Luo et al., 2014).


Abiotic Factors


Sb formation

The existence of Sb will affect the microbial oxidation rate of Sb(III). As shown in Table 1, Sb(III) in the form of C8H4K2O12Sb2 was often used to determine microbial oxidation rate in the laboratory. Loni et al. (2020) found that the oxidation rate of Sb(III) in the form of C8H4K2O12Sb2 by P. versutus XT0.6 is much faster than that of Sb(III) in the form of Sb2S3. Asta et al. (2012) also reported that the oxidation rate of Sb2O3 by mixed microbial population is only 0.96–1.20 μM/day, and it is far less than that determined for C8H4K2O12Sb2. In nature, antimony mainly exists in the form of sulfides and oxides, such as antimonite (Sb2S3), valentinite (Sb2O3), senarmontite (Sb2O3), cervantite (Sb3+Sb5+O4), kermesite (Sb2S2O), stibiconite [Sb3O6(OH)], and so on (Herath et al., 2017; Loni et al., 2020). However, little research had been published to discuss the oxidation rate of these minerals by Sb-oxidizing bacteria (Loni et al., 2020). So, it is necessary to hand insight into the geochemical process of dissolution and oxidation of Sb(III) from these minerals, as these processes may greatly enhance our understanding about the process of Sb pollution formation from Sb-bearing minerals and rocks and put forward control countermeasures.



Temperature

Temperature may affect the growth of Sb-oxidizing bacteria and then affect their oxidation rate. At present, the microbial oxidation rate of Sb(III) was determined at the temperature of 15–30°C in the laboratory. Up to now, only a few papers had been published to discuss temperature influences on the oxidation rate of Sb(III). Lu et al. (2018) found that the growth and oxidation rate of Sb(III) for Bosea sp. AS-1 was not significantly affected between 25 and 40°C. At the same time, Gu et al. (2020) also reported that the optimum oxidation temperature for A. johnsonii JH7 was 30°C, and the oxidation rate of Sb(III) was not significantly affected between 10 and 40°C. Overall, the appropriate growth temperature has a little effect on the microbial oxidation rate of Sb(III).



Carbon source

The carbon source is an essential substance for the growth of microbes. But now, there is rather a dispute about how carbon source affect the oxidation rate of Sb(III) for Sb-oxidizing bacteria. Some researchers believe that the microbial oxidation rate of Sb(III) was not affected by carbon source. For example, the oxidation rate of Sb(III) by Shinella sp. strain NLS1 and Ensifer sp. strain NLS4 was not substantially affected under the presence or absence of yeast in the CDM (Nguyen et al., 2017a), and studies comparing changes in oxidation rate of Sb(III) for A. johnsonii JH7 among different carbon sources [CDN-A medium, minimal salt medium (MSM), and Luria-Bertani medium (LBM)] have yielded similar results with Gu et al. (2019). Moreover, Hamamura et al. (2013) reported that the oxidation rate of Sb(III) by P. stutzeri TS44 was not significantly different on culture conditions of high-carbon source (containing 10 mmol sodium acetate) or low-carbon source (containing 0.002% yeast). On the other hand, it is considered that the microbial oxidation rate of Sb(III) is affected by carbon source. Hamamura et al. (2013) also reported that the oxidation rate of Sb(III) by Stenotrophomonas maltophilia str. IAM 12423 decreased when the carbon source acetate was replaced by yeast carbon source. Using yeast extract as the sole carbon source, the oxidation rate of As(III) for Bosea sp. AS-1 is faster than the oxidation rate of Sb(III) (Lu et al., 2018). In contrast, using sodium acetate as the sole carbon source, the oxidation rate of Sb(III) is greater than that of As(III) (Lu et al., 2018). Moreover, yeast extract was beneficial to the oxidation of Sb(III) for Bosea sp. AS-1 than sodium acetate (Lu et al., 2018). In addition, our group has also found that glucose carbon source was more conducive to adsorb and oxidize Sb(III) for Rhodotorula mucilaginosa than sucrose, galactose, or maltose in aqueous solution (Jin et al., 2020). These studies show that the oxidation rate of Sb(III) for Sb-oxidizing bacteria was different under different carbon sources and culture conditions, and they also imply that Sb-oxidizing bacteria might have a variety of antimony oxidation genes and different Sb metabolic pathways, which can be selected according to the carbon source. However, the relationship between the carbon source and the antimony metabolic pathway needs to be further studied.



Electron acceptor

Both DO and nitrate are common electron acceptors (Zhang et al., 2021a). The types of electron acceptors have significant effects on the biological process, cell component, and molecular function of microbes. Previous studies showed that most species of Sb-oxidizing bacteria can oxidize Sb(III) using DO as electron acceptor, and only a few of them can oxidize Sb(III) using nitrate as electron acceptor. The microbial oxidation rate of Sb(III) is obviously different using DO or nitrate as electron acceptor; for instance, the oxidation rate of Sb(III) for P. versutus XT0.6 was up to 300 μM/day using DO as electron acceptor while it was only 100 μM/day using nitrate as electron acceptor (Loni et al., 2020). Nguyen et al. (2017a) also reported that the oxidation rate of Sb(III) for the Ensifer sp. strain NLS4 was 460.8 and 66.7 μM/day under aerobic and anaerobic conditions, respectively. The Vmax for Shinella sp. strain NLS1 was 403.2 μM/day using DO as electron acceptor, but it cannot oxidize Sb(III) using nitrate as electron acceptor (Nguyen et al., 2017a). Similar experimental results were obtained for V. paradoxus strain IDSBO-4 by Terry et al. (2015). On the contrary, H. taeniospiralis strain IDSBO-1 can oxidize Sb(III) only in the presence of nitrate (55.56 μM/day). These studies indicate that Sb-oxidizing bacteria have different Sb metabolism pathways and oxidation mechanisms using DO or nitrate as electron acceptor. Simultaneously, the oxidation rate of Sb(III) for most species of Sb-oxidizing bacteria is faster under aerobic than that under anaerobic conditions. Therefore, Sb-bearing minerals and rock surfaces are prone to oxidation reaction, which are also the primary sites of Sb pollution formation, migration, and transformation. This is of great significance to the prevention and control of Sb pollution and the development and application of microbial remediation technology.



pH

pH is a critical factor affecting the microbial oxidation rate of Sb(III) (Herath et al., 2017; Loni et al., 2020). The oxidation rate of Sb(III) using DO as electron acceptor is very slow in the natural water and is affected by pH and water composition (Leuz and Johnson, 2005). A previous study reported that Sb(III) was scarcely oxidized for 35 days at pH < 7.0 in water, but approximately 30% of Sb(III) was oxidized to Sb(V) at pH = 9.0 (Xi et al., 2013). Sb(III) dissolution and oxidation from minerals is also a pH-dependent process (Hu et al., 2015). As such, the oxidation rate of Sb(III) from Sb sulfide minerals increases with increasing pH, but the oxidation rate of Sb(III) from Sb oxide minerals increases with decreasing pH. Some previous studies deemed that pH affects the microbial oxidation rate of Sb(III) in four different ways (Herath et al., 2017; Loni et al., 2020). Firstly, neutral and weakly alkaline conditions are conducive to the growth and reproduction of Sb-oxidizing bacteria (Jin et al., 2020), and the rate is promoted. Secondly, pH also affects the activities of antimony oxidase enzyme protein (Hamamura et al., 2013; Li, 2017). Thirdly, Sb(III) non-enzymatic reactions (H2O2-catalyzed reaction) for Sb-oxidizing bacteria is also a pH-dependent process. The half-life of 1 μmol/L H2O2 to oxidize Sb(III) is 117 and 11 days at pH of 8 and 9, respectively, while H2O2 can hardly oxidize Sb(III) at pH < 7.0; 50 μM H2O2 can completely oxidize 20 μM Sb(III) in 6 h at pH 9 (Leuz et al., 2006a; Kong et al., 2015). Fourthly, Sb(III) is more easily absorbed by various compounds, such as hydroxides of Fe, Mn, and Al; humic acid; and clay minerals in soil and water, and these compounds can induce catalytic oxidation of Sb(III) (Leuz et al., 2006b; Li, 2017), and the induction process is limited by pH. In summary, pH will affect the rate of Sb(III) oxidation by Sb-oxidizing bacteria from various aspects. This effect is a complex system and is still largely unknown.



Redox potential (Eh) or oxic–anoxic change

The optimal Eh for the growth of aerobic microorganisms is generally 300–400 mv, which also affects the transformation of Sb. Hockmann et al. (2014) reported that the transition to reducing conditions invoked by indigenous microbial activity at first led to the immobilization of Sb, as Sb(V) was reduced to Sb(III), which binded more extensively to iron (hydr)oxides, and the previously sorbed Sb(III) was gradually released into solution due to reductive dissolution of the iron(hydr)oxides if reducing conditions continued (Zhu et al., 2018; Burton et al., 2019). Markelova et al. (2018) also reported that the reductive precipitation of Sb(III) appears to be mainly microbially mediated during oxic–anoxic condition. It was previously clearly revealed that a majority of Sb(III) was kinetically oxidized into Sb(V) on surface of soils under aerobic conditions and a smaller amount of Sb(III) was oxidized into Sb(V) under anaerobic conditions (Cai et al., 2016). Several studies also have shown that the adsorbed Sb(III) by iron oxides [goethite, hydrated ferric oxide (HFO), and Fe(OH)3] or co-precipitated by FeCl3 was oxidized into Sb(V) under oxic conditions (Xi et al., 2013; Guo et al., 2014). It is widely known that iron/manganese oxide and microbes were omnipresent components in Sb-contaminated soils. However, to our knowledge, the oxidation behavior and mechanism of Sb(III) under coupling-mediated iron/manganese (hydr)oxides between microbes has not yet been described in literature. Therefore, the oxidation behavior of Sb-oxidizing bacteria induced by iron and manganese oxide is also a future research priority (Nguyen et al., 2017a, b; Li Y. et al., 2018).



Other factors

The oxidation rate of Sb(III) for various Sb-oxidizing bacteria has typically been determined in the laboratory using synthetic culture media, which is also held independent of other relevant factors. Therefore, studies of Sb(III) oxidation by Sb-oxidizing bacteria are relatively simple and controllable. However, the external soil environment contains a wide range of other components including high concentrations of nutrients such as nitrogen (N), phosphorus (P), potassium (K), and complex organic matter (including fulvic acid, humic acid, and low molecular organic matter) (Biver and Shotyk, 2012; Wu et al., 2019); trace elements; and a range of other biotic and abiotic phases and ions (Loni et al., 2020), such as iron/manganese (hydr)oxides (Levett et al., 2020), associated metal ions (Ca2+, Mg2+, As3+, and Cr3+) (Markelova et al., 2018), SO42+/S2– (Park et al., 2018; Zhu et al., 2018), and PO43+ (Park et al., 2018), which affect the microbial oxidation of Sb(III). These chemical substances or ions may react with Sb(III) by complexation, adsorption, or induced catalysis, resulting in a greater degree of complexity in understanding and controlling the microbial oxidation process of Sb(III). There are still major challenges to understand the effects on the mechanism of the microbial oxidation of Sb(III).



Mechanism for the Microbial Oxidation of Sb(III) by Sb-Oxidizing Bacteria


Enzyme Catalysis Reaction Mechanism

Because Sb(III) and As(III) may be biochemical analogs (Lehr et al., 2007), many researchers believe that As-oxidizing bacteria can also oxidize Sb(III) with the same oxidation mechanism in the early stage. With the deepening of research, people believe that the mechanisms of microbial oxidation of Sb(III) and As(III) are significantly different. Before 2007, A. tumefaciens sp. 5A that can oxidize As(III) and disruption of aoxR and mrpB mutants were all found to oxidize Sb(III) at the same rate by Lehr et al. (2007). Moreover, they also discovered that the expression of As(III) oxidase structural genes, aoxAB, was induced by As(III) but not by Sb(III). These findings first hinted that the Sb-oxidizing bacteria had independent Sb oxidation function genes and disparate Sb metabolism pathways. Subsequently, Wang et al. (2015) further found that disruption of aioA, which functions as an As(III) and Sb(III) oxidase in A. tumefaciens sp. 5A, caused only about 25% decrease of oxidation rate of Sb(III), and the expression of aioBA gene was induced by As(III) but not by Sb(III); thus, the author was convinced that more than one enzyme were involved in microbial oxidation of Sb(III). In 2013, six Sb-oxidizing bacteria without As(III) oxidation abilities were isolated from Xikuangshan by Li et al. (2013). Moreover, it was found that only a few Sb-oxidizing bacteria isolated from diverse mining areas contained As oxidase gene (Shi et al., 2013). The expression of aioA gene induced As(III) and Sb(III) in Sinorhizobium-related isolate strain, but it only possesses As(III) oxidation abilities without Sb(III) oxidation abilities (Hamamura et al., 2013). These findings indicate that microbial oxidation of As(III) and Sb(III) has different molecular mechanisms, and Sb-oxidizing bacteria contain antimony oxidation genes other than aio.

Luo et al. (2014) found that the abundances of genes (aioA, arsC, and arrA) and efflux protease (ArsB and ACR3) were positively correlated with the concentrations of As and Sb in soil with the help of real-time PCR technology. In 2015, some researchers (Xiong et al., 2011; Li et al., 2013) reported that the transcription expression of the iron–sulfur cluster gene iscR in Comamonas sp. S44 was reduced by Sb(III), and the activity of γ-glutamylcysteine ligase and the content of GSH were decreased, resulting in As(III), Cd(II), Cu(II), and H2O2 resistance and Sb(III) oxidation abilities declining in different degrees. Therefore, they were firmly convinced that iscR mainly via Fe–S cluster biogenesis and oxidative stress protection obtained Sb(III) resistance and oxidation ability. That same year, the As oxidation gene aioA was detected in H. taeniospiralis strain IDSBO-1 under anoxic conditions and V. paradoxus strain IDSBO-4 under aerobic conditions by Terry et al. (2015), but the expression of aioA was not induced by Sb(III). So, the authors speculated that the aioA gene was involved in Sb(III) oxidation via Sb(III)-specific pathway, and whether Arx and other oxidases were involved in Sb(III) oxidation remains to be confirmed. In 2017, As oxidation gene aioA was detected in Shinella sp. strain NLS1, which possesses As(III) and Sb(III) oxidation abilities under aerobic conditions (Nguyen et al., 2017b), but it was not detected in Ensifer sp. strain NLS4, which possesses Sb(III) oxidation abilities with nitrate as electron acceptor under anoxic conditions. These findings illustrated that the AioA enzyme played a vital role in Sb(III) and As(III) oxidation. It is important to note a new Sb(III) oxidase AnoA was discovered in A. tumefaciens GW4 and a comprehensive Sb(III) oxidation mechanism was proposed by Li (2017). The mechanism includes the components as follows: (1) the new Sb(III) oxidase AnoA catalyzes oxidation of Sb(III) with NADP+ as a coenzyme in bacterial cells. (2) The typical As oxidase AioAB catalyzes oxidation of Sb(III) in the periplasm. (3) Under Sb(III) stress, the oxidative stress in bacteria increased, resulting in generation of intracellular ROS and H2O2. (4) The absence of As oxidase AioAB causes up-regulated expression of Sb(III) oxidase AnoA antimony oxidase. (5) The absence of As oxidase AioAB causes increased content of H2O2 and up-regulated expression of kata gene in cells. (6) The H2O2 that induced under Sb(III) stress oxidizes Sb(III) to Sb(V). (7) The remaining H2O2 is degraded by catalase KatA. Therefore, the molecular mechanisms of the A. tumefaciens GW4 oxidation pathway for Sb(III) is a co-metabolic process, which includes intracellular enzymatic [Sb(III) oxidase AnoA and As oxidase AioAB] catalysis and oxidation by cellular H2O2 (Li et al., 2015, 2017). Moreover, the As oxidase AioA can affect the enzymatic reaction catalyzed by AnoA and the non-enzymatic reaction mediated by H2O2.

The aioA and aioB genes were detected in Bosea sp. AS-1 strains, which possess Sb(III) and As(III) oxidation abilities, but no anoA gene was detected (Lu et al., 2018). Meanwhile, Bosea sp. AS-1 exhibits diverse Sb(III) and As(III) oxidation abilities while having yeast or sodium acetate as a carbon source. Therefore, the authors speculated that there may be new oxidation genes except for anoA and aioA in Bosea sp. AS-1, and the specific gene types need to be further investigated. Subsequently, recent research (Gu et al., 2019, 2020) indicated that no AiOA and AnOA antimony oxidases were detected in A. johnsonii JH7, which possesses Sb(III) resistance and oxidation abilities, and the content of ArsH enzyme and ROS increased significantly under Sb(III) stress. Therefore, it is speculated that the mechanism of A. johnsonii JH7 oxidation of Sb(III) may be associated to ArsH enzyme and ROS. In 2020, a new research (Sun et al., 2020) found that the oxidation rate of Sb(III) was faster than that of As for R. rhizosphaerae strain YW11, and Sb(III) and As(III) can induce the expression of aioAB As oxidation gene. However, R. rhizosphaerae strain YW11 lost Sb(III) or As(III) oxidation ability after disruption of aioA gene, but its Sb(III) resistance still existed. These latest findings support that intracellular enzymatic (AioA) catalysis oxidation of Sb(III) is the only molecular mechanism for R. rhizosphaerae strain YW11, but there are multiple Sb(III)-resistant mechanisms.



The Non-enzymatic Catalysis Reaction Mechanism

In addition to genes directly related to the Sb(III) and As(III) oxidation, some genes have non-specific oxidation effects on low-valence elements such as Sb(III) and As(III), such as enzymes and genes related to H2O2. They regulate the production, accumulation, consumption, and efflux of H2O2 in cells and immediately affect the Sb(III) oxidation. This abiotic oxidation of H2O2 may play a dominant role in some Sb-oxidizing bacteria oxidation mechanism.

The toxicity of Sb(III) affects the electron transport on the bacterial respiratory chain and disrupts the redox balance in the cell (Ma et al., 1999), thereby inducing the bacteria to produce ROS, the types incorporate superoxide anion (O2−), hydroxyl radical (OH), hydroperoxy radical (HO2), hydrogen peroxide (H2O2), and various peroxides (Lushchak, 2014). Some bacteria have evolved a series of defense mechanisms, including specific enzymes and non-enzymatic antioxidants, to resist ROS toxicity and oxidative stress in cells. The specific enzymes primarily include superoxide dismutase (Sod) [the types of Sod are as follows: Fe type, Mn type, Cu–Zn type, and Sod with Ni as a cofactor (Fridovich, 1995); catalase/peroxidase (Lushchak, 2014), peroxide reductase (Prxs), or alkyl hydrogen peroxide reductase (Ahps); glutathione reduced protein; and glutathione reductase]. Non-enzymatic antioxidants include reduced coenzyme II, ascorbic acid, β-carotene, α-tocopherol, and GSH (Calderón et al., 2009). ROS produces H2O2 and O2 under the catalysis of Sod, and H2O2 will result in Fenton reaction with free iron ions in cells to cause damage to DNA, proteins, and lipids and generate cell death (Touati, 2000; Wei et al., 2019). Meanwhile, H2O2 can directly oxidize Sb(III) and reduce its toxicity (Quentel et al., 2006). Therefore, as a non-enzymatic reaction, H2O2 can simultaneously reduce the dual toxicity caused by Sb(III) and cell oxidative stress. It plays a crucial role in regulating the Sb resistance and Sb-oxidizing bacteria oxidation.

In recent years, systematic studies on the non-enzymatic antimony oxidation reaction process and mechanism of Sb-oxidizing bacteria, such as A. tumefaciens GW4 and P. stutzeri TS44 (Liu et al., 2015; Wang et al., 2016; Li, 2017; Figure 6), include the following aspects: The increase of Sb(III) in the environment will trigger the ROS protection system of bacteria and then induce the transcriptional expression of the sodB, sodC, and katE genes related to oxidative stress. The function of sodB and sodC is to catalyze the conversion of ROS into H2O2, and the function of KatE is to consume excessive H2O2. The increase of H2O2 content in the cell promotes the oxidation rate of Sb(III). Sb(III) can induce the expression of gshA enzyme or (Fe–S) assembly IscR transcription factor; IscR or gshA controls the synthesis of GHS. The excess H2O2 in the cell is consumed by KatE, which is induced by Sb(III), thereby protecting the cell. Therefore, bacteria that depend on the ROS protection mechanism produced by GHS can promote the oxidation rate of Sb(III), and GHS, ROS, and H2O2 play a crucial role in the non-enzymatic oxidation of Sb(III) by microbes. However, due to the complex types of ROS in the environment and the diversity of Sod enzymes, the regulatory relationship between GHS, ROS, and H2O2 in various bacteria under Sb(III) stress is not completely clear, and further research is needed.
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FIGURE 6. Overview of mechanisms of bacterial antimonite oxidation (Liu et al., 2015; Wang et al., 2016; Li, 2017). (A) A hypothetical model of IscR’s regulation of bacterial Sb(III) oxidation in A. tumefaciens GW4. (i) Sb(III) induced the production of H2O2 via the bacterial oxidative stress response. (ii) H2O2 was partially consumed by catalase KatA. (iii) Sb(III) induced the expression of (Fe–S) assembly transcription factor IscR, which could positively contribute to GSH formation. (iv) Then, H2O2 was partially consumed by GSH. (v) Subsequently, H2O2 oxidized Sb(III) to Sb(V). (B) The proposed model for Sb(III) bacterial oxidation in P. stutzeri TS44. (i) the addition of Sb(III) would trigger the ROS-protective system by inducing the transcription of sodB, sodC, and katE, with SodB and SodC catalyzing the conversion of ROS to H2O2, while KatE is responsible for the degradation of excessive H2O2; (ii) the increased cellular H2O2 content enhanced the Sb(III) oxidation rate; (iii) the addition of Sb(III) played a selection role on the characterization of gshA insertion; (iv) the accumulated H2O2 is partially consumed by the upregulated catalase KatE.




The Molecular Mechanism of Sb-Oxidizing Bacteria Oxidizing Sb(III)

In summary, the oxidation mechanism for a particular Sb(III) oxidase and gene regulation has become more and more unambiguous. However, the microbial oxidation mechanism of Sb(III) is the result of the combined effect of enzymatic oxidation mechanism and non-enzymatic oxidation mechanism. It is still arduous to systematically and comprehensively analyze the Sb oxidation mechanism under these circumstances. A relatively complete Sb(III) oxidation mechanism and mode for Sb-oxidizing bacteria have been proposed by some researchers (Li, 2017). As shown in Figure 7, the Sb(III) oxidation mechanism mainly includes the following: (1) Sb(III) resistance; (2) Sb(V) reduction; (3) Sb(III) methylation; (4) Sb(III) oxidation by AoxR, AioBA, and (Fe–S) oxidase; (5) Sb(III) oxidation by AnoA or ArsH enzyme; (6) H2O2 production and non-enzymatic Sb(III) oxidation; (7) Sb(V) uptake; (8) Sb(V) transportation; and (9) energy generation and other biochemical reaction processes. So, the Sb oxidation gene–enzyme system specific in Sb-oxidizing bacteria cell principally includes aoxR–AoxR, aioA–AioA, anoA–AnoA, iscR–IscR, and arsH–ArsH. Except these Sb(III) oxidases, other genes or enzymes required for Sb(III) oxidation are still unknown. The non-specific oxidation system is principally composed of GHS, ROS, and H2O2, which constitute the oxidative pressure regulation mechanism for Sb-oxidizing bacteria. It can be seen that the Sb(III) oxidation for Sb-oxidizing bacteria is controlled by non-enzymatic and enzymatic reactions mediated by H2O2. Due to the diversity of Sb oxidase, there may be various Sb(III) oxidases involved in Sb(III) oxidation reaction. However, compared to As oxidase system, our understanding of types of Sb(III) oxidases and its molecular mechanism remains incomplete. Therefore, it is urgent to carry out in-depth research from the perspectives of metagenomics, transcriptomics, proteomics, and enzyme genomics in order to fully reveal the molecular mechanism of microbial oxidation of Sb(III).
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FIGURE 7. A schematic diagram of Sb resistance of Sb-oxidizing bacteria and Sb(III) oxidation mechanism (Li, 2017).




POTENTIAL APPLICATION OF Sb-OXIDIZING BACTERIA IN THE REMEDIATION AND TREATMENT OF Sb-CONTAMINATED ENVIRONMENT

There are many mechanisms of bioremediation for potentially toxic element pollution. Generally, prokaryotes can reduce uptake and increase efflux heavy metal to achieve concentration control. As well, eukaryotes can detoxify by chelating their metabolites with heavy metal ions. Many bacteria evolved with diverse metabolic abilities, including oxidation–reduction and the second mineralization, reducing a variety of toxic metals and showing an important potential application in the bioremediation of contaminated environment (Gaoshang et al., 2012; Yao et al., 2020). To our knowledge, typical Sb-oxidizing bacteria, such as Pseudomonas, Comamonas, Acinetobacter, and Sphingomonadaceae, are widely distributed in the Sb-contaminated soil environment, but application of Sb-oxidizing bacteria in Sb pollution remediation has not yet been described in literature (Doherty et al., 2017; Nakamaru and Martín Peinado, 2017). Remediation of the Sb-polluted soil by the Sb-oxidizing bacteria has many advantages, such as simple living conditions, good Sb(III) oxidation performance and detoxification, and environmental friendliness (Na, 2007; Yu, 2016). So, it can be expected that in the near future, Sb-oxidizing bacteria will play a crucial role in the remediation of Sb pollution. In addition, many Sb-oxidizing bacteria also exhibit excellent adsorption (Jin et al., 2020), complexation, and secondary mineralization (Loni et al., 2020) during the remediation process. So, the application of Sb-oxidizing bacteria in bioremediation technology is not a single oxidation and detoxification mechanism (Verbeeck et al., 2020) but a combination of biological, chemical, and physical mechanisms (De-Ju et al., 2016; Yu, 2016; Urík et al., 2019). Simultaneously, the development of potentially toxic element pollution bioremediation technology tends to be combined remediation technology (Liu et al., 2019; Qiu et al., 2019). Usually, the process flow combines multiple remediation technologies to deliver preferred remediation effects (Jumei et al., 2019; Lu et al., 2019), such as microbial-phytoremediation technology (Nie et al., 2017; Jumei et al., 2019; Long et al., 2019; Lu et al., 2019; Ma et al., 2019; Sun et al., 2019; Zhang and Hu, 2019), which can take into account the advantages of both, has become a hotspot of bioremediation technology internationally. All in all, if the mechanism of antimony oxidation by Sb-oxidizing bacteria and various optimal factors is explored and perfected, it provides an excellent prospect for wide-scale application.



CONCLUSION AND PROSPECTS

Antimony and its compounds are potentially toxic carcinogens that have the characteristics of high toxicity, great damage, and long-distance migration, so its geomicrobiological behavior has considerable attention from the research community and government stakeholders. As a strategic resource and industrial raw material, Sb supply from mining is still significant, resulting in millions of tons of Sb-bearing waste rocks produced annually. An important aspect of its geomicrobiological behavior is the dissolution and oxidation of Sb(III) from Sb-bearing waste rocks. The majority of previous research has focused on the abiotic dissolution and oxidation process of Sb(III), neglecting the mediating role of microbes. On the one hand, microbiota interact with the dissolution, oxidation, reduction, methylation, bioaccumulation, and mobility of Sb, affecting the ultimate fate of Sb in the environment. While on the other, Sb also affects the microbial activity of the biomass, respiration rate, enzyme activity, community structure, and biochemical processes and generates ecological effects. The oxidation process mediated by microbes plays an important role in Sb speciation, mobility, and bioavailability in the natural environment and potentially provides an environmentally friendly and efficient Sb pollution remediation method. So far, more than 90 strains of antimony-oxidizing bacteria had been identified, of which 97.7% belong to the phylum Proteobacteria, mainly distributed in Pseudomonas, Comamonas, and Acinetobacter. The microbial metabolism model for Sb has been initially proposed, including a variety of biochemical process, such as Sb(III) resistance, Sb(V) reduction, Sb(III) methylation, enzymatic Sb(III) oxidation, non-enzymatic Sb(III) oxidation, Sb(V) uptake, Sb(V) transportation and energy generation, and Sb(III) oxidase including AoxR, AioA, AnoA, IscR, and ArsH. The non-enzymatic Sb(III) oxidation is regulated by GHS, ROS, and H2O2, which dominate the oxidative pressure regulation mechanism. Due to the diversities and complexity of the genes and enzymes, microbial Sb(III) oxidation mechanisms are still unclear and need to be studied further.

In order to understand of role that microbes play in the biogeochemistry cycling of and provide a potential approach for environmental Sb bioremediation, we recommend that the following aspects should be further studied: (1) more Sb-oxidizing bacteria, especially autotrophic Sb-oxidizing bacteria, should be isolated and screened from the environment to establish a rich and diverse resource of Sb-oxidizing bacteria. (2) The genes or enzymes required for Sb(III) oxidation are still unknown. It is urgent to investigate from the perspectives of metagenomics, transcriptomics, proteomics, and enzyme genomics to fully illustrate the microbial Sb(III) oxidation mechanisms. (3) Based on proteomics and enzyme genomics, the regulatory function of non-enzymatic reaction genes (such as katA) in Sb-oxidizing bacteria should be studied in depth to understand the interaction between enzymatic and non-enzymatic Sb(III) oxidation mechanisms and reveal the relationship and difference between the Sb(III) oxidation and Sb(III) resistance mechanism of Sb-oxidizing bacteria. (4) To our knowledge, the pathway for Sb(V) uptake and Sb(V) efflux for Sb-oxidizing bacteria is still unknown. Since the phosphate-binding protein PstS2 is induced by Sb(V) (Gu et al., 2019, 2020), it is recommended to combine the phosphate transport system of Sb-oxidizing bacteria to elucidate the transport mechanism of Sb(V) uptake and Sb(V) efflux. (5) The Sb-oxidizing bacteria with strong Sb(III) resistance and oxidation ability should be selected using genetic engineering technology, and bioremediation technology and the mechanism of microbial and higher plants also should be studied.
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It is found effective for phytoremediation of the guest soil spraying method by adding microbes to promote the growth of arbor leguminous plant on a high and steep rock slope. However, its underlying mechanisms remain elusive. Here, some experiments were conducted to explore the multifunctions of Penicillium simplicissimum NL-Z1 on rock weathering, nodule growth, and beneficial microbial regulation. The results show that P. simplicissimum NL-Z1 significantly increased the release of phosphorus, potassium, calcium, and magnesium from the rock by 226, 29, 24, and 95%, respectively, compared with that of the control. A significant increase of 153% in Indigofera pseudotinctoria Matsum nodule biomass, accompanied by an increase of 37% in the leguminous plant biomass was observed in the P. simplicissimum NL-Z1 treatment than in the control treatment. Interestingly, even though P. simplicissimum NL-Z1 itself became a minor microbial community in the soil, it induced a significant increase in Mortierella, which, as a beneficial microbe, can promote phosphate-solubilizing and plant growth. The results suggest that P. simplicissimum NL-Z1 could induce an imposed effect to promote leguminous plant growth, which may be conducive to the development of the phytoremediation technique for high and steep rock slope. The study provides a novel thought of using the indirect effect of microbes, i.e., promoting other beneficial microbes, to improve soil environment.

Keywords: beneficial microbe, growth-promoting, imposed effect, leguminous plant, weathering


INTRODUCTION

Human activities such as mining and road construction have destroyed a large number of mountains, where high and steep rock slopes can be seen everywhere (Yang et al., 2012; Li et al., 2014). It is a great threat to the natural landscape and the ecological environment. Phytoremediation by the guest soil spraying method is considered as the most promising technology for its cost effectiveness and environmental friendliness, which has been widely used in the world. However, even with the addition of other soil substrates, the lack of water and fertility on the high and steep rock slopes still results in a great reduction of plants, which is often frustrating. Phytoremediation is a challenging task because of the poor site conditions. To overcome this problem, microbial-assisted phytoremediation is being explored, of which screening suitable microbes and exploring their growth-promoting mechanisms are the primary tasks.

Microbes inhabit the soil environment, which can release mineral elements and improve soil environment (Mapelli et al., 2012; Zhu et al., 2014; Tian et al., 2021). Jongmans et al. (1997) found that symbiotic mycorrhizal hyphae translocate dissolved minerals from the isolated micropores directly to their host plants, and the significant degree of fungus’s effect on rock decomposition can even be described as “rock eating.” Their creative work is a milestone in the mineral weathering by microbes. From then on, there have been many reports on the weathering effect of microbes on minerals. Zolfaghari et al. (2021) isolated phosphate-solubilizing bacteria that could help in coping with the drought conditions by increasing root and improving oak seedling growth. Wu et al. (2017) found a bacterium, which can promote rock weathering and increase nutrient elements in the environment, therefore, improving soil formation and plant growth. Zeng et al. (2015) explored the expression of related genes of a microbe and revealed the mechanism of its function on solubilizing mineral phosphate in soil and promoting growth of plants.

Leguminous plant is one of the most commonly used tree species in ecological restoration, of which the research and application of rhizobia has already a history of more than 100 years. In recent years, it is still a hot research topic. For example, Rhizobium radiobacter LB2 was screened to promote the growth and yield of leguminous crops under field conditions (Verma et al., 2020). Biochar and Rhizobium bacteria were used to improve the growth quality of Robinia pseudoacacia seedlings (Sun et al., 2020). These studies improved our understanding of the benefits of rhizobia to promote plant growth, but there is little research on the growth promotion of non-rhizobia on leguminous plants.

In addition, changes in the structure of microbial communities are important biological indicators for evaluating soil ecosystems and is currently a hot research topic, and the development of these communities is crucial to the stability of plants (Martine et al., 2009). A study has shown that the endophyte diversity of the leaves can be controlled to have an impact on the survival and health of plants (Chen, 2020). Growing evidence also suggests that plant fitness can be determined by the surrounding microbiome composition (Panke-Buisse et al., 2014; Wubs et al., 2016; Samaddar et al., 2021; Stefan et al., 2021). Therefore, understanding the changes in the structure of microbial communities will help us to deepen the exploration of microbial mechanisms.

In previous research, we successfully planted R. pseudoacacia on the high and steep rock slopes along the Yueyang Avenue in Hunan, China, by the guest soil spraying method with the addition of microbes (Supplementary Figure 1). Although the arbor trees grow well with the help of microbes on the high and steep rock slopes and form a natural forest landscape, its mechanism is not clear, which hinders further research. So, in our study, we put forward a hypothesis of “the imposed effect for promoting leguminous plant growth” including mineral weathering, nodule growth promotion, and beneficial microbial regulation (Figure 1). To test this hypothesis, we screened strains from the soil sample, and designed weathering experiment and pot experiment to explore the growth-promoting mechanisms of microbes. To understand the soil microbes and its possible effect, the fungi communities in potted soil were investigated through Illumina sequencing technology. This work proved the feasibility and efficiency of microbial-assisted phytoremediation. It provides strain and theoretical guidance for improving the phytoremediation efficiency of high and steep rock slopes and similar barren areas.
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FIGURE 1. The hypothesis of “the imposed effect for promoting leguminous plant growth.” Some microbes which have the function of weathering rock for releasing mineral elements, promoting the growth of nodule. And based on above, improving the relative abundance of beneficial microbe form 12% to a high level, and finally gives the leguminous plant a cooperative imposed effect to grow well on the high and steep rock slopes by guest soil spraying method.




MATERIALS AND METHODS


Isolation and Screening


Media

Nutrient agar (NA, for cultivating bacteria): 3 g of beef extract, 10 g of peptone, 5 g of NaCl, 20 g of agar, and 1,000 ml of deionized water, pH 7.0–7.2.

Potato dextrose agar (PDA, for cultivating fungi): 6 g of potato flour, 20 g of glucose, 18 g of agar, and 1,000 ml of deionized water, pH 7.0–7.2.

Monkina organic phosphorus agar (for screening strains with the phosphorus-solubilizing effect): 10 g of glucose, 0.5 g of (NH4)2SO4, 0.3 g of NaCl, 0.3 g of KCl, 0.3 g of MgSO4⋅7H2O, 0.03 g of FeSO4⋅7H2O, 0.03 g of MnSO4, 5.0 g of CaCO3, 0.3 g of lecithin, 20 g of agar, and 1,000 ml of deionized water, pH 7.0–7.5.

Monkina inorganic phosphorus agar (for screening strains with the phosphorus-solubilizing effect): 10 g of glucose, 0.5 g of (NH4)2SO4, 0.3 g of NaCl, 0.3 g of KCl, 0.3 g of MgSO4⋅7H2O, 0.03 g of FeSO4⋅7H2O, 0.03 g of MnSO4, 5.0 g of Ca3(PO4)2, 20 g of agar, and 1,000 ml of deionized water, pH 7.0–7.5.

LB media (for the amplification of bacteria): 10 g of peptone, 5 g of yeast, 5 g of NaCl, and 1,000 ml of deionized water, pH 7.2.

Martin broth (for the amplification of fungi): 5 g of peptone, 1 g of K2HPO4, 2 g of yeast, 0.5 g of MgSO4, 20 g of glucose, and 1,000 ml of deionized water, pH 6.8.

Modified Monkina broth media (for weathering experiment): remove the phosphorus component of Monkina agar, so that the phosphorus only comes from the rock particles added later.



Isolation and Screening

The soil samples for screening microbes and rock samples for mineral analysis and weathering experiment were collected from the high and steep rock slopes along the Yueyang Avenue in the Yueyang City of Hunan Province, China.

A 10-fold serial dilution of soil samples was smeared on NA and PDA to isolate bacteria and fungi, respectively. The agar plates were incubated at 28°C for 3 days. Morphologically distinct colonies were subjected to purification following subculturing. The pure cultures were maintained on NA (bacteria) and PDA (fungi) slants at 4°C in a refrigerator. The screening of phosphate-solubilizing microbes was carried out on Monkina agar at 28°C following spot inoculation. The agar plates exhibited the formation of halos (zone of solubilization) around the colonies after 7 days of incubation. Qualitative estimation of the phosphate-solubilizing microbe isolates were conducted through plate assays using spot inoculation on Monkina agar. The diameter of the halo size around the microbe colony (D) and the colony (d) were measured after 7 days of incubation. The value of D/d was calculated by dividing the diameter of the halo size by the diameter of the colony. Based on the result of the value of D/d, five strains of phosphate-solubilizing microbes were selected for weathering experiment.



Weathering Experiment

Quantitative estimation and exploration of the capability to dissolve rocks through weathering experiment: To make the broth, a 1-mm-diameter disk from activated isolates X-4, X-8, X-11, and X-14 grown on NA and NL-Z1 grown on PDA were added to 100-ml Erlenmeyer flasks containing 30 ml of LB media (for X-4, X-8, X-11, and X-14) or Martin broth (for NL-Z1) and incubated at 30°C and 180 rpm for 3 days, respectively. Then 1 ml of the broth of five strains were inoculated into a 30-ml modified Monkina broth media (contains 1.5 g of rock particles, which replaced the phosphorus component of Monkina agar) in an Erlenmeyer flask and incubated at 30°C and 180 rpm for 10 days. Samples (n = 3) from the inoculated groups (X-4, X-8, X-11, X-14, and NL-Z1) and control group were collected at different intervals (4, 7, and 10 days), centrifuged at 8,000 rpm for 10 min. Five milliliters of the supernatant was filtered through a 0.2-μm membrane filter into a centrifuge tube for the determination of pH, available phosphorus (AP), potassium (K), calcium (Ca), and magnesium (Mg). pH was determined using the METTLER TOLEDO pH meter. AP was determined using the molybdenum–antimony anticolorimetric method. K, Ca, and Mg were determined using the atomic absorption spectrometer. The shape and size of the rock particles were measured at the last sampling (10 days).



Pot Experiment

Based on the results of the weathering experiment, the strain NL-Z1 was selected, and its capability of promoting growth through pot experiment was explored.

For the production of fungus NL-Z1 inocula, the isolate was grown on PDA until the mycelia produced conidia. Spores were added to 100-ml Erlenmeyer flasks containing 30 ml of Martin broth and incubated at 30°C and 180 rpm for a respective number of days. In this process, the absorbance of the suspension was measured (UV-8000T, Shanghai Metash Instruments Co., Ltd.) at 600 nm (Ibiang et al., 2020), and it was made sure that the absorbance was in the range of 0.8∼1.2 by diluting or continuing to incubate the suspension of inocula. The inocula of NL-Z1 was sealed and stored in a refrigerator at 4°C for later use. At the time of inoculation, the stored suspension of inocula was diluted 100 times, and 60 ml of it was applied to the soil.

To explore the growth-promoting effect, the fungal inocula was applied on the seedlings of I. Matsum. To do this, the seeds of I. Matsum were surface-sterilized and then germinated (3 days, 20°C, and relative humidity of 60%), and then three healthy seedlings were planted in each pot including mixed matrix soil (provided by Jiangsu Xingnong Matrix Technology Co., Ltd). One month later, one seedling was kept per pot (ensure that the growth of seedlings in each pot is basically the same). The pots were divided into two groups (CK and NL-Z1, three replicates for each group) and placed in a greenhouse. Subsequently, the CK group was added with the sterile culture solution, and the NL-Z1 group was added with the same amount of the suspension of inocula.

Three months later, the plants were collected, and the indices were measured. For plants, vernier calipers and tape were used to measure the ground diameter and height of the seedlings, a root scanner was used to measure the leaf area (a total of 10 upper, middle, and lower leaves are selected for each pot to measure the leaf area), and the plants were dried to measure the aboveground and underground biomass. For potted soil, the METTLER TOLEDO pH meter was used to determine its pH (water–soil ratio is 5:1). The molybdenum–antimony anticolorimetric method was used to determine the soil AP. Alkaline hydrolysis (HN) diffusion method was used to determine the soil hydrolyzed nitrogen (HN).



Strain Identification and Metagenomic Sequencing

The fungus NL-Z1 was identified based on morphological characteristics and ITS rRNA analysis. The molecular level identification was carried out with the support of the Shanghai Jinyu Medical Laboratory Co., Ltd. The sequence obtained was uploaded to the GenBank database1. The potted soil samples were sent to Shanghai Majorbio Bio-pharm Technology Co., Ltd., for genetic sequencing. Microbial DNA was extracted using the HiPure Soil DNA Kits according to the protocols of the manufacturer. The ITS gene was amplified by PCR (94°C for 2 min, followed by 30 cycles at 95°C for 1 min, 60°C for 1 min, and 72°C for min and a final extension at 72°C for 7 min) using ITS3_KYO2 primer (5′-GATGAAGAACGYAGYRAA-3′) and combined ITS4 primer (5′-TCCTCCGCTTATTGATATGC-3′) targeting the ITS2 region. PCR reactions were performed in triplicate 50-μl mixture containing 10 μl of 5 × Q5@ Reaction Buffer, 10 μl of 5 × Q5@ High GC Enhancer, 1.5 μl of 2.5 mM dNTPs, 1.5 μl of each primer (10 μM), 0.2 μl of Q5@ High-Fidelity DNA Polymerase, and 50 ng of template DNA. Related PCR reagents were from New England Biolabs, United States. AMPure XP Beads were used to purify the second round of amplified products, The ABI StepOnePlus Real Time PCR System (Life Technologies, produced in the United States) was used for quantification. Sequencing was performed on a computer based on the PE250 mode pooling of NovaSeq 6000.



Sequencing Data Analysis and Registration

The original sequence data and sequencing quality files were obtained from FASTA files. According to Schloss (2009), the Mothur software was used to access the files for processing and analysis. In order to illustrate the microbial diversity of potted soil and the abundance of dominant species, the α diversity index and relative abundance (including Chao1, Simpson, and Shannon indices) were quantified by OTU abundance. R’s default ggplot2 package was used to make species composition analysis graphs and vegan package for environmental correlation analysis, which can detect the relationship between environmental factors, samples, and flora.

The isolate of NL-Z1 was deposited in the China Center for Type Culture Collection with the deposit number M2019999; the nucleotide sequence of NL-Z1 and the potted soil ITS sequence were uploaded to the NCBI database, and the registration numbers are MZ348581 and SRP322824, respectively.



RESULTS AND ANALYSIS


Isolation and Screening

A total of 58 strains were isolated in this study, of which 21 strains were verified to be able to solute phosphate (Table 1). According to the results of qualitative estimation, five strains of phosphate-solubilizing microbes were selected for weathering experiment. They were named X-4, X-8, X-11, X-14, and NL-Z1.


TABLE 1. Primary effect of phosphate-dissolving bacteria, Unit: cm.
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The Weathering Effect

According to the results of mineral analysis, the main components of rock samples include the following: K2O 3.71%, Na2O 1.39%, CaO 0.21%, MgO 1.28%, P2O5 0.11%, Fe2O3 6.81%, Al2O3 15.21%, and MnO 0.04%. Visible from Figure 2A, the five strains all promoted the release of AP in the rock to a certain extent. Among them, fungus NL-Z1 has the largest release peak, and its concentration is 0.0241 mg/L, which is about 3.26 times that of the control group, and the pH of each inoculated group decreased. Compared with other inoculated groups, NL-Z1 has a stronger capability to release various elements, and the peak release of K, Ca, and Mg increased by 29, 24, and 95%, respectively (Figure 2B). In general, the release of P, K, Ca, and Mg in rocks by each strain shows an upward trend first, and then a downward trend. After the end of the experiment, the appearance of the rock particles changed dramatically, and the rock was obviously smaller and very smooth (Figure 3). The results of quantitative estimation showed that NL-Z1 maintains a good release effect for each element, the shape of the rock changes significantly, and it has the best rock weathering capability. Since this study only focused on the strain with the best weathering capability, only the fungus NL-Z1 was identified, and it was identified as P. simplicissimum. The characteristic morphology of the hypha in the PDA plate is shown in Figure 4A. A clear zone of solubilization of strain in the Monkina agar plate shows the high phosphate-solubilizing ability of NL-Z1 (Figure 4B).
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FIGURE 2. Peak release of available phosphorus concentration (A) and concentration dynamic changes of each element in the weathering experiment (B).
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FIGURE 3. The dissolution of the rock after 10 days by P. simplicissimum. (A,B) Three replicates in the NL-Z1 treatment group before and after the experiment, respectively.
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FIGURE 4. Penicillium simplicissimum NL-Z1 (A) and its halos on Monkina agar (B).




The Growth-Promoting Effect

The nodule is the primary concern in the research process of leguminous plants. Table 2 shows the plant growth and soil properties. The control group formed an average of eight nodules with a total nodule weight of 0.19 g; the I. Matsum seedlings treated with strain NL-Z1 formed an average of six nodules, with a total nodule weight of 0.48 g. Compared with the former, the number of nodules in the latter equine spine plants was slightly lower, but the total mass of the nodules was significantly increased by 153% (p < 0.05). In addition, in the control group, the root biomass, root surface area, and root volume of I. Matsum were 1.20 g, 232.26 cm2, and 1.71 cm3, respectively; in the NL-Z1 group, the root biomass was 1.60 g, which was significantly increased by 33% (p < 0.05), the root surface area was 246.53 cm2, with an increase of 6%, and the root volume was 2.12 cm3, with an increase of 24%. Next, the aboveground indicators of the NL-Z1 group are higher than those of the control group. The average aboveground biomass was 7.90 g, with a significant increase of about 38% (p < 0.05); the average ground diameter was 5.02 mm, with a significant increase of about 10% (p < 0.05); the average seedling height was 74.67 cm, with a significant increase of about 37%. The average leaf area is 6.25 cm2, with a significant increase of about 25% (p < 0.05). Finally, the AP and HN concentrations of the potted soil were 3.360 and 238.83 mg/kg, respectively, in which the AP concentrations increased significantly by 37% (p < 0.05), and the HN increased by 15%. The potted soil has a certain degree of acidification, and the pH is reduced from 7.06 to 6.79.


TABLE 2. Effects of fungus NL-Z1 on plants and soil.

[image: Table 2]The pot experiment showed that the strain NL-Z1 can promote the growth of nodules and, at the same time, convert the AP and HN in the soil into a form that can be directly absorbed and utilized by the plant, thereby promoting the growth of the plant. It further verified the growth-promoting effect of non-rhizobium NL-Z1 on I. Matsum.



Soil Fungal Community Responses to Inoculating NL-Z1

Figure 5 shows the fungal community structure in potted soil at two levels and Student’s t-test bar plot on the genus level. After removing an abnormal sample inoculated with NL-Z1, we found that Mortierellomycota (94.95%), instead of Ascomycota (85.32%), became the dominant phylum of potted soil fungal communities. Mortierella became the dominant genus in the soil community structure, increasing from 12.81 to 94.9% (Figure 5A). We know that Mortierella and P. simplicissimum NL-Z1 belong to different genera, indicating that the input of NL-Z1 promotes the growth of Mortierella. Using the Student’s t-test method to test the significance of species differences at the genus level, it was found that Mortierella is significantly different between the two groups (p < 0.5) (Figure 5B). The results of canonical correspondence analyses (CCA) shows that the samples of the control group and NL-Z1 group were aggregated separately. Mortierella has obvious correlation with environmental factors in the soil (AP, r2 = 0.85, p = 0.25; HN, r2 = 0.95, p = 0.16; pH, r2 = –0.8, p = 0.23) (Figure 6). The results suggest that Mortierella may be one of the potential reasons for NL-Z1 to improve the soil fertility and exert its growth-promoting benefits.
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FIGURE 5. Relative abundance of fungal community at Phylum and Genus level (A). Student’s t-test bar plot on Genus level with 95% confidence intervals (B). An asterisk (*) denotes a value significantly differences compared to the corresponding control value according to student’s t-test **P < 0.01.



[image: image]

FIGURE 6. Canonical correlation analysis (CCA) of the fungal communities based on ITS gene amplicon sequencing data. pH (r2 = –0.8, P = 0.23) AP (r2 = 0.85, P = 0.25), and HN (r2 = 0.95, P = 0.16) were significant factors that influenced fungal community.




DISCUSSION

As the main soil type in southern China, red soil exhibits severe phosphorus deficiency (Kochian, 1995). Therefore, our study is based on phosphate-solubilizing microbes to explore the relevant mechanism. The soil is formed by the long-term weathering process of rocks, in which the cation exchange capacity determines the fertility of the soil. In the weathering experiment, the AP release increased, and the K, Ca, and Mg in the rock were all released, especially in the NL-Z1 group. Tayler et al. (2009) put forward the potential mechanism of the influence of microbes on the process of mineral weathering and pointed out that microbes dissolve minerals through the secretion of H+; other studies also show (Balogh-Brunstad et al., 2008) that the effect of acidification of microbes, fungal respiration (CO2), and complexation of cation accelerates the weathering of minerals. We found that the pH of the fermentation broth and the potted soil both decreased, indicating that microbes can secrete H+ to dissolve minerals. This result is consistent with previous studies. Relevant studies have shown that fungi do not absorb nutrients from minerals through direct contact with hyphae. Acidification is an important driving force for rock weathering. The above analysis reveals that the rock-weathering ability of the fungus NL-Z1 plays an important role in the process of improving the soil and indirectly benefits the growth and development of plants.

As we all know, nodules are formed due to the invasion of rhizobia in the soil into the roots of plants. Rhizobia is related to the development of root nodules and the host itself, but it is not known whether non-rhizobia are also beneficial to the development of leguminous plants. The results of this study show that the inoculation with strain NL-Z1 can significantly promote the growth of I. Matsum, and the total weight of nodules increased by 153%. According to reports, nitrogen-containing compounds in the soil will affect the invasion of rhizobia to the host, the development of nodules, and the ability of nitrogen fixation. Too high or too low nitrogen is not conducive to the formation of plant nodules and the effectiveness of plant nitrogen fixation; a moderate nitrogen supply is conducive to the occurrence of nodules (Eaglesham and Szalay, 1983). It can be seen that the increase in I. Matsum nodules is inseparable from the improvement of the nitrogen content in the soil by NL-Z1. Another study showed that although there is no clear research conclusion on the effects of phosphorus, nitrogen, and their interaction on plants, to a certain extent, the stimulation of nodulation by phosphorus in the soil can offset the inhibitory effect of nitrogen. Under phosphorus-deficient conditions, the function of nitrogen fixation will be significantly weakened (Luis and Kerstin, 2000). Therefore, the significant increase in the AP content in the soil may be involved in the effective regulation of nitrogen levels, which may also be another important reason for NL-Z1 to promote the growth of I. Matsum.

In addition, inoculation with strain NL-Z1 significantly increased the relative abundance of Mortierella in the soil. According to previous reports, Mortierella can release phosphorus from the soil extensively (Nelson, 2011, 2014). Mortierella achieves this function mainly by increasing the levels of soil phosphatase and β-glucase (Li et al., 2018). Therefore, this also implies that the increase in the relative abundance of Mortierella may lead to increase in AP in the soil, which is indirectly beneficial to the growth and development of plants. According to the above analysis, NL-Z1, as a kind of phosphate-solubilizing fungi, has the effect of releasing AP, and at the same time, it can synergistically improve the growth of plants by regulating the development of other microbes. Theoretically, it can be considered as the imposed effect of NL-Z1 on the growth promotion of leguminous plants.

Foreign microbial agents will cause changes in the structure of the soil microbial community. In this study, the significant changes in the fungal community were the decrease of Ascomycota and the increase of Mortierellomycota. Previous studies have shown (Yuan et al., 2020) that the relative abundance of Ascomycota is higher in diseased soils, while that of Mortierellomycota is higher in healthy soils. Therefore, this is a positive change. In addition, inoculation with NL-Z1 increased the abundance of other genera, especially Mortierella, making it the dominant genus in potted soil. Relevant studies have shown (Wubs et al., 2016; Li et al., 2018) that Mortierella can effectively improve soil quality and prevent soil degradation. Genetic characteristics show that Mortierella has the ability to degrade toxic organic matter, which is beneficial to the health of the soil; Mortierella can also significantly increase the level of indole acetic acid in plants and the biomass of plants. A series of studies have strongly proved that Mortierella is a beneficial microorganism that is conducive to soil improvement and plant growth. In this study, inoculation of the foreign microbial agent NL-Z1 increased the relative abundance of beneficial microbes in the soil in the short term. Compared with the study of increasing the relative abundance of Mortierella through long-term addition of organic fertilizers (Li et al., 2018), it effectively shortened the period of soil improvement. It is a major breakthrough in terms of time.



CONCLUSION

Mineral weathering, nodule growth promotion, and microbial regulation are interrelated, which significantly promotes the growth of I. Matsum by improving soil quality. In this study, we conducted a 10-day weathering experiment using the screened phosphate-solubilizing strains to explore the ability of soil microbes to decompose rocks and release mineral elements. Our results show that strain NL-Z1 can significantly improve the conversion of insoluble phosphorus and improve soil quality, especially for the improvement of the Red soil region of South China. In addition, a 4-month pot experiment was carried out. Compared with the control, the nodule, dry weight, and the height of the plants inoculated with NL-Z1 increased significantly. By analyzing the properties of potted soil, it is believed that the effect of growth-promoting microbes is inseparable from the improvement of soil fertility. This study also provides a novel thought of using the indirect effect of microbes, i.e., promoting other beneficial microbes, to improve soil quality. Therefore, the hypothesis of the imposed effect of the fungus P. simplicissimum NL-Z1 on the growth promotion of leguminous plants is proven. It is of great significance to the improvement of abundance of beneficial microbes in terms of time. The study provides a novel thought of using the indirect effect of microbes, i.e., promoting other beneficial microbes to improve soil environment, which may also provide a revolutionary method for land fertility management.
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Anaerobic digestion is used to treat diverse waste classes, and polycyclic aromatic hydrocarbons (PAHs) are a class of refractory compounds that common in wastes treated using anaerobic digestion. In this study, a microbial consortium with the ability to degrade phenanthrene under methanogenesis was enriched from paddy soil to investigate the cometabolic effect of glucose on methane (CH4) production and phenanthrene (a representative PAH) degradation under methanogenic conditions. The addition of glucose enhanced the CH4 production rate (from 0.37 to 2.25mg⋅L−1⋅d−1) but had no influence on the degradation rate of phenanthrene. Moreover, glucose addition significantly decreased the microbial α-diversity (from 2.59 to 1.30) of the enriched consortium but showed no significant effect on the microbial community (R2=0.39, p=0.10), archaeal community (R2=0.48, p=0.10), or functional profile (R2=0.48, p=0.10). The relative abundance of genes involved in the degradation of aromatic compounds showed a decreasing tendency with the addition of glucose, whereas that of genes related to CH4 synthesis was not affected. Additionally, the abundance of genes related to the acetate pathway was the highest among the four types of CH4 synthesis pathways detected in the enriched consortium, which averagely accounted for 48.24% of the total CH4 synthesis pathway, indicating that the acetate pathway is dominant in this phenanthrene-degrading system during methanogenesis. Our results reveal that achieving an ideal effect is diffcult via co-metabolism in a single-stage digestion system of PAH under methanogenesis; thus, other anaerobic systems with higher PAH removal efficiency should be combined with methanogenic digestion, assembling a multistage pattern to enhance the PAH removal rate and CH4 production in anaerobic digestion.

Keywords: anaerobic digestion, methanogenesis, phenanthrene degradation, methane production, co-metabolism


INTRODUCTION

Anaerobic digestion is a promising strategy for the disposal of diverse categories of waste materials, such as domestic wastewater, agricultural waste, food industry waste, and municipal solid waste, because it has the advantages of low energy consumption, less investment in land and management, nutrient reclamation, and biogas generation (Gallert and Winter, 1997; He et al., 2005; Stabnikova et al., 2008; Chan et al., 2009; Holm-Nielsen et al., 2009; Lytras et al., 2021). Methane (CH4) is the principal component of biogas produced by anaerobic digestion and can be used as clean, renewable bioenergy that can substitute fossil fuels (Holm-Nielsen et al., 2009; Haberl et al., 2012; Awe et al., 2017; Li et al., 2019). Additionally, many kinds of organic hazards, such as polycyclic aromatic hydrocarbons (PAHs), BTEX, chloramphenicol, polyacrylamide, and antibiotics, can be effectively removed from the initial substrates and converted into CH4 via anaerobic digestion (Kunapuli et al., 2007; Agarry and Owabor, 2011; Hu et al., 2018; Guo et al., 2019; Bianco et al., 2020). Therefore, how to efficiently harness the anaerobic digestion process for the improvement of CH4 production and removal the rate of organic pollutants has long been a global challenge.

Co-metabolism is a traditional approach adopted to enhance the degradation of refractory pollutants and CH4 production in the anaerobic digestion system, which can vigorously promote the growth and activity of indigenous microbes by supplying some popular carbon sources (e.g., glucose, fructose, and sucrose) for microbes to the target system (Li et al., 2016a,b; Xie et al., 2016; Khan et al., 2017; Hadibarata et al., 2018; Feng et al., 2019). Glucose is one of the most favorable carbon (energy) sources for heterotrophic microbes and has been frequently used as a co-metabolic substrate to improve CH4 production and accelerate the degradation of refractory pollutants in diverse environments (Ambrosoli et al., 2005; Jing et al., 2017; Khan et al., 2017; Shu et al., 2021; Zhou et al., 2021). For example, the addition of glucose was found to significantly enhance the degradation of fluorene, phenanthrene, and pyrene under an anaerobic denitrification system (Ambrosoli et al., 2005), and the addition of glucose effectively alleviated the inhibitory effect of gallic acid on CH4 production in an anaerobic digestion system (Mousa and Forster, 1999). Therefore, it seems that glucose can be used as a prioritized metabolic substrate to efficiently remove refractory pollutants in anaerobic digestion systems (Li et al., 2016b; Khan et al., 2017).

Polycyclic aromatic hydrocarbons are a group of persistent organic pollutants with intensive toxicity and wide distribution, posing a serious threat to environmental and human health (Xue and Warshawsky, 2005; Couling et al., 2010; Zhou et al., 2018). Previous investigations have reported that co-metabolism triggered by glucose could significantly accelerate the degradation of PAHs under both aerobic and anaerobic digestion environments (Ambrosoli et al., 2005; Ma et al., 2011; Qin et al., 2018; Tripathi et al., 2020; Al Farraj et al., 2021). For example, the addition of glucose was reported to significantly enhance the degradation of PAHs (benzopyrene, anthracene, and pyrene) when treated with some pure bacterial species, such as Cellulosimicrobium, Sphingomonas, and Bacillus (Khanna et al., 2012; Qin et al., 2018; Al Farraj et al., 2021). Additionally, PAH degradation under methanogenesis is thermodynamically feasible and the degradation of PAHs can be coupled with methanogenesis, suggesting that remediation of PAHs pollution via the anaerobic digestion system should be a potentially ideal method marked by the properties of energy conservation and resource reuse (Chang et al., 2005; Dolfing et al., 2009; Berdugo-Clavijo et al., 2012; Wan et al., 2012; Nzila, 2018; Ye et al., 2019; Wang et al., 2021b). Whether methanogens can directly participate in the degradation of PAHs remains unclear, but some potential keystone microbes in this process have been identified. In addition to methanogenic archaea Methanosaeta, Methanoculleus, and Methanosarcina, some syntrophic bacteria, such as Methylibium, Legionella, Clostridiaceae, Citrobacter, and Pseudomonas, have also been found essential for PAH degradation and CH4 generation (Berdugo-Clavijo et al., 2012; Zhang et al., 2012). Thus, in anaerobic digestion, methanogenesis is the pivotal step that not only can harness biogas (CH4) production but also can be coupled with PAH degradation. However, the co-metabolic effect induced by glucose on PAH degradation and CH4 production under methanogenesis has seldom been reported.

In this study, we enriched the phenanthrene-degrading microbial consortium under methanogenic conditions from a long-term rice paddy, which was used to investigate the co-metabolic effect of glucose on CH4 production and phenanthrene degradation during methanogenesis. The response of the microbial community and functional composition to the bio-stimulation of glucose in the enriched microbial consortium was further analyzed based on the results of metagenomic sequencing. This study aimed to examine whether the co-metabolic substrate (glucose) could enhance CH4 production and phenanthrene degradation under the methanogenesis system and explore the community and functional responses of the phenanthrene-degrading microbial consortium to the bio-stimulation of glucose, providing useful information for the enhancement of CH4 production and PAHs elimination during the anaerobic digestion of waste containing PAHs.



MATERIALS AND METHODS


Enrichment of Methanogenesis Consortium of Phenanthrene Degradation

In this experiment, the methanogenesis consortium was enriched from a paddy soil sample collected from a long-term (approximately 30years) rice paddy field (N29°48', E106°48') in the Beibei District (Chongqing, China) in July 2020. A brief enrichment procedure is shown in Figure 1 and described as follows.

[image: Figure 1]

FIGURE 1. The diagrammatic sketch showing the enrichment procedure of the phenanthrene-degrading consortium under methanogenesis.


Four types of nutrition solutions, selective media for methanogens (solution A), inorganic salt solution (solution B), trace element solution (solution C), and vitamin solution (solution D) were prepared for the enrichment of the target microbial consortium, the ingredients of which are listed in Supplementary Table 1 (Ferguson and Mah, 1983; Brauer et al., 2006). First, 200g of fresh paddy and 200ml of sterilized and distilled water were added into a borosilicate glass bottle (1L) pre-added with 50mg phenanthrene, and then 100ml of mixed solution containing A, B, C, and D (A:B:C:D=20:1:0.2:0.2) was added into the bottle with a final phenanthrene concentration of 100mg⋅kg−1; the bottle was sealed using a butl rubber stopper that was pierced through by two glass tubes, one of which was inserted into the liquid and the other was above the liquid surface (Figure 1). The pure nitrogen gas (N2) was filled into the bottle via the gas inlet for 10min to expel the air via the outlet (Figure 1); after the inlet was closed and a gas collection bag was connected to the outlet, the bottle was shaken (100r⋅min−1) and incubated in the dark at 30°C for 1week for the first round of enrichment. Subsequently, 100ml of supernatant in the bottle was discharged and replaced by 100ml of fresh mixed solution (containing 25mg phenanthrene), and then the second round of enrichment was conducted via the same procedure as that for the first round. Using this method, six bottles of the target microbial consortium were obtained, each of which had undergone 10 rounds of enrichment (10weeks).



Experiment Design to Examine the Effect of Glucose on Methane Production and Phenanthrene Degradation

The experimental design is illustrated in Figure 2. The six bottles of consortium obtained were equally and randomly divided into two groups, denoted as PME (without glucose) and PMEG (with glucose), respectively. In a serum bottle (100ml) with 0.25mg phenanthrene, 20ml suspension from one bottle of the enriched consortium, 30ml mixed medium, and 6ml sterilized and distilled water was added for the PME treatment. For the PMEG treatment, sterilized and distilled water was substituted with glucose solution (0.1mol⋅L−1). After sealing with butyl rubber and an aluminum cap, the bottle was filled with N2 for 10min to generate an anaerobic environment, and then shaken (100 r⋅min−1) and incubated in the dark at 30°C for 21days. The CH4 concentration in the bottle was measured on days 3, 7, 14, and 21, and the phenanthrene concentration was detected on days 1 and 21. After incubation, genomic DNA was extracted from each microbial consortium for metagenomic sequencing.

[image: Figure 2]

FIGURE 2. The diagram showing the experiment design to investigate the cometabolic effect of glucoe on the MPR and PDR of the enriched consortium.




Determinations of Methane Concentration and Phenanthrene Content

On days 3, 7, 14, and 21 of the incubation period, the CH4 concentration in the headspace of each serum bottle was sampled and then detected using a gas chromatograph (Agilent Technologies 7890A, United States) equipped with a flame ionization detector (FID) under the following conditions – carrier gas, N2; flow rate, 30cm3⋅min−1; oven temperature, 50°C; FID temperature, 200°C (standardized by Wang and Wang, 2003) – and the methane production rate (MPR, mg CH4⋅L−1⋅d−1) was calculated according to the method previously described by Zhang et al. (2011).

The phenanthrene concentration of each culture sample in the serum bottle was detected on days 1 and 21 during the incubation, and the brief detection procedure was as follows. The culture in each serum bottle was shaken well and then transferred into a separating funnel (250ml) with 1.5g NaCl. Subsequently, the bottle was rinsed with 50ml of n-hexane, also transferred into the funnel. After shaking for 5min, the funnel was statically placed to stratify the organic and aqueous (containing soil particles) phases. Next, the organic phase was retained, while the residual phase was re-extracted using n-hexane. After mixing and then clarifying using anhydrous sodium sulfate, the extracted organic phase was concentrated using a rotary evaporator. According to the method described by Zhou et al. (2017b), the solvent (n-hexane) was replaced with methanol, and then the phenanthrene content was detected using a gradient elution method (mobile phase: methanol and water; flow rate: 0.6ml⋅min−1; column temperatuer: 30°C; detection wavelength: 250nm) by an HPLC (Hitachi High-Technologies Corporation, Japan). Finally, the phenanthrene degradation rate (PDR, %) was determined using the following equation:

[image: image]

where C1 and C21 are the phenanthrene content (mg⋅L−1) of the culture in the serum bottle on days 1 and 21, respectively.



DNA Extraction and Metagenomic Sequencing of the PME and PMEG Samples

Total genomic DNA was extracted from 0.5ml culture in each serum bottle (thoroughly shaken for a sufficient homogeneity) using MoBio UltraClean™ soil DNA isolation kits (San Diego, CA, United States) according to the manufacturer’s instructions, and the integrity and purity of DNA were checked with 1% agarose gel electrophoresis and NanoDrop200 spectrophotometer (Thermo, United States), respectively. The extracted DNA was sent to Majorbio Bio-Pharm Technology Co., Ltd. (Shanghai, China) for metagenomic sequencing, and the brief procedure is described as follows.

The extracted DNA was fragmented to an average length of approximately 400bp using Covaris M220 (Gene Company Limited, China) for the construction of paired-end (PE) library, and then NEXTflex™ Rapid DNA-Seq (Bioo Scientific, United States) was used to construct the PE library. After the ligation of specific DNA adapters with the blunt end of fragments, PE sequencing was performed on the Illumina NovaSeq platform (Illumina Inc., San Diego, CA, United States) using NovaSeq Reagent Kits according to the manufacturer’s standard procedure. Using fastp (version 0.20.0)1 on the free online cloud platform of Majorbio,2 the adaptor sequences and low-quality reads (length below 50bp, minimum quality lower than 20, and with N bases) in the raw reads of metagenomic sequencing were removed and trimmed. These pair-end and single-end reads with high quality were then assembled into contigs using MEGAHIF (version 1.1.2)3 based on succinct de Bruijn graphs. These assembled contigs being or longer than 300bp were preserved as the final assembly result. Open reading frames (ORFs) in these available contigs were identified using MetaGene (Noguchi et al., 2006), and the identified ORFs equal to or longer than 100bp were retrieved and translated into amino acid sequences using the NCBI translation table. The predicted contigs were clustered using CD-HIT (version 4.6.1)4 with 90% sequence identity and 90% coverage, and the longest gene sequence in each gene cluster was isolated as the representative for the construction of a non-redundant gene set. The high-quality reads in each sample were mapped to the non-redundant gene set under 95% identity using SOAPaligner (version 2.21),5 and the gene abundance in the sample was calculated. The functional annotation of the representative sequences in the non-redundant gene set was performed using Diamond (version 0.8.35)6 against the Kyoto Encyclopedia of Genes and Genomes (KEGG) database (version 94.2)7 with an e-value cutoff of 1e−5.



Data Analysis

The independent t-test in the SPSS 11.5 (SPSS, Chicago, United States) was used to check the difference of the parameters (MPR, PDR, and relative abundance of functional genes) between the PME and PMEG treatments, and p values below 0.05 were considered as significant. In R software with the Vegan package, the principal coordinate analysis (PCoA) and Adonis test (checking the difference in significance of the composition in the PME and PMEG treatments) were performed, and the Mental test was conducted with the command of “envit” to calculate the correlations between the composition (microbial and functional) and MPR or PDR. Variance partition analysis (VPART) was applied to quantify the explained variance of MPR and PDR for the microbial or functional composition, conducted using the Vegan package with the command of “rdavp.” All figures were generated using the Ggplot2 package in the R software.




RESULTS


Effect of Glucose on MPR and PDR of the Phenanthrene-Degrading Consortium Under Methanogenesis

The MPR and PDR in the no-glucose (PME) and glucose-added (PMEG) treatments are shown in Figure 3. The MPR of the PME (0.37mg⋅L−1⋅d−1) treatment was significantly lower (p<0.05) than that of the PMEG (2.25mg⋅L−1⋅d−1) treatment (Figure 3A). Although the value of PDR of PME (48.69%) was lower than that of PMEG (62.10%), no significant difference was detected in the PDR between these two treatments (Figure 3B). This result indicated that the addition of glucose promoted the activity of methanogens in the enriched microbial consortium but did not affect the degradation of phenanthrene.
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FIGURE 3. The MPR (A) and PDR (B) in the enriched consortium treatments of without (PME) and with (PMEG) additon of glucose. Error bars indicate SDs (n=3). The p values above the horizontal lines are the results of independent t-test.




Whole Microbial Community and Archaeal Community in the PME and PMEG Treatments

The result of microbial α-diversity (Supplementary Figure 1) indicates that the PME treatment had a significantly higher (p<0.05) α-diversity than the PMEG treatment. The PCoA profile (Figure 4A) constructed from the microbial species composition based on the metagenomic sequencing indicated that the points of the PME and PMEG treatments were in a narrow area (axis1, −0.27–0.43; axis2, −0.22–0.23). Moreover, the Adonis test revealed no significant difference (R2=0.39, p=0.10) between the microbial community structures of the PME and PMEG treatments (Figure 4A). However, the Mantel test indicated that MPR (r2=0.91, p=0.025) and PDR (r2=0.92, p=0.028) were significantly correlated with the microbial community structure in the enriched consortium (Table 1), which could explain 49 and 20% of the variance in the community structure, respectively (Figure 4B). The heatmap generated from the archaeal family composition in each treatment is shown in Figure 5 and indicates that all treatments had a similar composition of archaeal family with Methanoregulaceae and Methanosarcinaceae as the dominant classified families. Furthermore, our results showed that the ratio of archaea to total microbes in the PME was lower than that in the PMEG, but no significant difference was detected between them (Figure 4C). Additionally, no significant difference was detected in the archaeal community structure (based on the level of species) between the PME and PMEG treatments (Figure 4D), and only MPR had a significant relationship (r2=0.91, p=0.034) with the archaeal community structure of the enriched consortia (Table 1).
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FIGURE 4. The principal coordinate analysis (PCoA) profile based on the microbial species composition in the PME and PMEG treatments (A) and variance partitioning analysis showing the portions explained by MPR and PDR for the microbial community structure (B); the ratios of archaea to total microbes in the PME and PMEG treatments (C) and the PCoA profile based on the archaeal species composition in the PME and PMEG treatments (D).




TABLE 1. Mantel correlations among microbial community, archaeal community, functioanl composition, methane production rate (MPR), and phenanthrene degradation rate (PDR) in the enriched consortium.
[image: Table1]
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FIGURE 5. Heatmap showing the archaeal community composition based on the level of family in the PME and PMEG treatments.




PCoA Analysis of a Functional Profile Based on Metagenomic Sequencing in the PME and PMEG Treatments

No significant difference was detected in the macro-functional composition based on the KEGG annotation between the PME and PMEG treatments (Supplementary Figure 2; Supplementary Table 2). Thus, we further analyzed the composition of functional genes in these two treatments by using PCoA analysis; the results are shown in Figure 6A. Similar to the PCoA profile (Figure 4A) based on the microbial composition, the sample points of the PME and PMEG treatments were distributed in a narrow area (axis1, −0.14-0.99; axis2, −0.03-0.10), and the Adonis test showed no significant difference (R2=0.48, p=0.10) in the functional composition between these two treatments (Figure 6A). MPR and PDR were also significantly correlated with the functional components in the enriched microbial consortium (Table 1), explaining 39 and 10% of the variance in the functional composition, respectively (Figure 6B).
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FIGURE 6. The PCoA profile based on the functional enzymes composition in the PME and PMEG treatments (A) and variance partitioning analysis showing the portions explained by MPR and PDR for functional enzymes composition (B).




Relative Abundance of Genes Related to Aromatic Compounds Degradation and CH4 Synthesis in the PME and PMEG Treatments

To investigate the potential mechanism by which glucose affects the MPR and PDR in the enriched microbial consortium, we further compared the relative abundance of genes related to the degradation of aromatic compounds and CH4 synthesis in the PME and PMEG treatments (Figure 7). Fourteen types of genes responsible for the degradation of aromatic compounds were detected based on the KEGG pond of metagenomic sequencing, 13 types of which showed higher values of relative abundance in the PME treatment than in the PMEG treatment (Figure 7A). The results of the independent t-test indicated that the relative abundance of genes associated with nitrotoluene (PME: 0.243%, PMEG: 0.235%), fluorobenzoate (PME: 0.039%, PMEG: 0.009%), xylene (PME: 0.226%, PMEG: 0.189%), aminobenzoate (PME: 0.206%, PMEG: 0.121%), and benzoate (PME: 0.809%, PMEG:0.537%) degradation in the PME treatment were significantly higher than those in the PMEG treatment (Figure 7A). For the genes involved in CH4 synthesis, genes related to 4 types of CH4 synthesis pathways – acetate (dominant in all treatments with an average proportion of 48.20%), CO2, methylamine, and methanol pathways – were detected based on the results of metagenomic sequencing, and no significant difference was observed between these two treatments (Figure 7B).
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FIGURE 7. Comparision of the relative abundances of genes involved in the degradation of aromatic commpounds (A) and methane synthesis (B) between the PME and PMEG treatments.





DISCUSSION

In this study, the CH4 production rate of the enriched microbial consortium was significantly improved by the addition of glucose (Figure 3A), which was consistent with findings in the literature that glucose could enhance CH4 production in anaerobic digestion systems (Bucha et al., 2018; Maletic et al., 2018; Vu and Min, 2019; Li et al., 2021). Compared with phenanthrene, glucose can be more quickly and easily utilized and subsequently converted into carbon dioxide (CO2), hydrogen (H2), and acetate by the microbes in the enriched consortium under anaerobic conditions, supplying feasible substrates for methanogens to synthesize CH4 (Khan et al., 2017; Zhang et al., 2019). However, our results indicated that the addition of glucose did not promote the degradation of phenanthrene (Figure 3B). Several studies have reported the enhancement of PAH degradation caused by glucose addition or other co-metabolic substrates under anaerobic conditions (Yuan and Chang, 2007; Ma et al., 2011; Li et al., 2016a). For example, Li et al. (2016a) reported that glucose addition enhanced the degradation rate of petroleum hydrocarbons by 200%, while the promotion of petroleum hydrocarbons degradation was mainly attributed to the stimulation of the biocurrent triggered by glucose. Maletic et al. (2018) found that glucose addition improved CH4 production but had no effect on the degradation of PAHs, which is consistent with our current results and should be explained by the following reasons. The utilization of phenanthrene was delayed by the addition of glucose, which should start after the complete consumption of glucose, and then the metabolism of glucose resulted in the improvement of CH4 production. However, the glucose addition might neither promote microbial activity to degrade phenanthrene nor induce the microbial consortium to produce phenanthrene-degrading enzymes during methanogenesis.

This study revealed that the addition of glucose decreased the α-diversity of the enriched consortium (Supplementary Figure 1), which is consistent with reports that glucose addition decreased the microbial α-diversity in some enriched consortia (Li et al., 2016a; Goldford et al., 2018; Zhang et al., 2019; Shu et al., 2021), indicating the selectivity of a single carbon source on the microbial community. Additionally, glucose addition had no significant influence on the microbial community of the enriched phenanthrene-degrading consortium (Figure 4A). The addition of co-metabolic substrates has usually been shown to trigger shifts in the microbial community structure in anaerobic digestion systems (Li et al., 2016a,b; Zhang et al., 2019). In these studies, the wastes treated in their systems contained inartificial microbes originating from soil or wastewater, which should be complex, unstable, and fictile, and then susceptible to external carbon sources such as glucose. By contrast, the microbial consortium in our study had undergone an enrichment period of 10 rounds supplied with the sole carbon source (phenanthrene) and nutrient components, which should be a stable ecosystem insensitive to the external addition of glucose. Sundh et al. (2003) also reported that glucose addition significantly enhanced CH4 yield, but only slightly affected the microbial community in an anaerobic digestion system fed with a synthetic substrate. Furthermore, our result showed that MPR and PDR were significantly correlated with the microbial community composition of the enriched consortium (Table 1). Generally accepted is that the microbial community structure determines its function (de Souza and Santos, 2018; Zhou et al., 2019). The close linkage between CH4 production and microbial communities in diverse ecosystems has been confirmed (Shrestha et al., 2011; Edwards et al., 2015; Wang et al., 2020; Watanabe et al., 2020). However, the strong selectivity of PAHs to environmental microbes has led to a strong relationship between PAH degradation and microbial community structure (Zhou et al., 2017a; Spini et al., 2018; Wang et al., 2021a). Moreover, our results revealed that MPR explained a greater percentage of the variance in the microbial community than PDR (Figure 4B), indicating that the former might be more dependent on the microbial community structure than the latter, which might be due to the different microbial mechanisms of CH4 synthesis and phenanthrene degradation. In detail, the CH4 synthesis process might involve a series of steps driven by diverse microbes, including the primary metabolism of carbon sources, the transformation of the intermediates, and the generation of substrates (CO2, H2, and acetate) for methanogens (Maletic et al., 2018), whereas the degradation rate of phenanthrene might be determined by limited microbes responsible for the cleavage of the benzene ring (Meckenstock and Mouttaki, 2011). Therefore, MPR should be more important in explaining the variance of the microbial community than PDR in the phenanthrene-degrading system during methanogenesis.

In this study, the PCoA profile based on the composition of functional genes indicated that the macro-function of the enriched consortium was not affected by the addition of glucose, which was consistent with the response of the microbial community structure to glucose (Figure 6A; Supplementary Figure 2). Additionally, the significant correlation between the functional composition and MPR or PDR (Table 1), and the result of VPART analysis based on the functional composition (Figure 6B), were similar to the results based on the microbial community structure, further confirming the uniformity between the microbial community and its functions. In this study, the genes involved in the degradation of some refractory compounds and CH4 biosynthesis were selected from the functional pool of KEGG for further analysis. The relative abundance of those degrading genes showed a decreasing tendency due to the addition of glucose (Figure 7A), indicating that the metabolic characteristic of the microbial community also followed the principle of “glucose repression.” Glucose (monosaccharide) will hamper the Escherichia coli from utilizing lactose (disaccharide), known as “glucose repression,” suggesting that an easy-utilized carbon source will be preferentially metabolized by microbes and thus hinder the utilization of the complex one (Rose et al., 1991). Nevertheless, the relative abundance values of degrading genes in the PME and PMEG treatments were of the same order of magnitude (Figure 7A), which the following reasons might explain. First, the DNA samples were collected at the end of the incubation (day 21) when the glucose had been exhausted; second, the metagenomic sequencing in this study was based on the DNA level, which could not reflect the actual transcription level of those degrading genes. The relative abundance of the genes related to CH4 synthesis pathways was not significantly different between the PME and PMEG treatments, and the pathway of CH4 synthesis via acetate was dominant in this enriched consortium (Figure 7B). The acetate pathway has been reported to be the key CH4 synthesis pathway in paddy soils (Conrad, 1999; Glissmann and Conrad, 2002; Masuda et al., 2018). Acetate is also an essential intermediate or terminal product in the degradation of crude oil (a major source of PAHs) or some PAHs (naphthalene, phenanthrene, anthracene, and pyrene) during methanogenesis (Dolfing et al., 2008, 2009; Jones et al., 2008). Therefore, CH4 synthesis via the acetate pathway should be dominant in the anaerobic phenanthrene digestion system during methanogenesis.



CONCLUSION

In this study, we examined the co-metabolic effect of glucose on CH4 production and phenanthrene degradation in a phenanthrene-degrading consortium under methanogenesis. We found that glucose addition significantly enhanced the CH4 production rate of the enriched consortium but had no influence on its ability to degrade phenanthrene. Glucose addition significantly decreased the α-diversity of the enriched microbial consortium but showed no significant effect on either the microbial community or the macro-function of the enriched consortium. Glucose addition only slightly decreased the relative abundance of the genes involved in the degradation of aromatic compounds, and the acetate pathway was dominant for CH4 synthesis in this anaerobic phenanthrene digestion system under methanogenesis. These results indicate that it is difficult to remarkably enhance PAH degradation in a single-stage anaerobic digestion system under methanogenesis via the addition of co-metabolic substrates. Therefore, we propose that a multistage and combined pattern comprising methanogenesis and other more efficient anaerobic digestion pathways of PAH (sulfate-reducing or denitrification) should be a promising strategy to enhance the CH4 production and PAH degradation rate in the anaerobic digestion of PAH-containing wastes.
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The order Sulfolobales (phylum Crenarchaeota) is a group of thermoacidophilic archaea. The first member of the Sulfolobales was discovered in 1972, and current 23 species are validly named under the International Code of Nomenclature of Prokaryotes. The majority of members of the Sulfolobales is obligately or facultatively chemolithoautotrophic. When they grow autotrophically, elemental sulfur or reduced inorganic sulfur compounds are their energy sources. Therefore, sulfur metabolism is the most important physiological characteristic of the Sulfolobales. The functions of some enzymes and proteins involved in sulfur reduction, sulfur oxidation, sulfide oxidation, thiosulfate oxidation, sulfite oxidation, tetrathionate hydrolysis, and sulfur trafficking have been determined. In this review, we describe current knowledge about the physiology, taxonomy, and sulfur metabolism of the Sulfolobales, and note future challenges in this field.
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INTRODUCTION

On the basis of analysis of 16S (18S) rRNA gene sequences, Woese proposed in 1977 that archaebacteria are a different group from eubacteria and eukaryotes (Woese and Fox, 1977). In 1990, life on Earth was then divided into three domains: Bacteria, Archaea, and Eukarya. Crenarchaeota, one of the original phyla of the Archaea, mainly comprise sulfur-dependent thermoacidophiles (Woese et al., 1990).

Sulfolobales are an order within the class Thermoprotei, phylum Crenarchaeota, superphylum TACK (Stetter, 1989; Guy and Ettema, 2011). Since the first member of the Sulfolobales was isolated and identified in 1972, only one family, the Sulfolobaceae was constructed, which included nine validly described genera: Acidianus, Metallosphaera, Saccharolobus, Stygiolobus, Sulfodiicoccus, Sulfolobus, Sulfuracidifex, Sulfurisphaera, and Sulfurococcus (Brock et al., 1972; Segerer et al., 1986, 1991; Huber et al., 1989; Karavaĭko et al., 1994; Kurosawa et al., 1998; Sakai and Kurosawa, 2017, 2018; Itoh et al., 2020). Several species of the Sulfolobales have been reassigned to new phylogenetic position according to phylogenetic data and physiological characters during these years, which are detailed below. Members of the Sulfolobales grow autotrophically by oxidizing elemental sulfur (S0), hydrogen (H2), sulfidic ores, and reduced inorganic sulfur compounds (RISCs), such as thiosulfate. Heterotrophic growth occurs by aerobic respiration, anaerobic sulfur respiration, or by fermentation of organic substrates (Huber and Prangishvili, 2006).

The element sulfur exists in various chemical valence ranging from −2 to +6, and RISCs include sulfides (S2−, HS−, and H2S), polysulfide (−S-Sn-S−), elemental sulfur (S0), sulfite (SO32−), thiosulfate (S2O32−), and tetrathionate (S4O62−). Because of the diversity of the available forms of sulfur, many enzymes and proteins exist in Sulfolobales for sulfur metabolism, including sulfur-reducing enzymes, sulfur-oxidizing enzymes, sulfur carrier proteins, and sulfur transferases, which cooperate with each other as shown in Figure 1. The sulfur metabolism summarized here contains the reduction of S0, the oxidation of RISCs (including sulfide, S0, S2O32−, and SO32−), hydrolysis of S4O62−, and sulfur trafficking. The investigation of functions of these enzymes and proteins in sulfur metabolism is one of the main research aspects regarding the Sulfolobales. Significant research progress has been made over the past decades.

[image: Figure 1]

FIGURE 1. The proposed sulfur oxidation pathway in Sulfolobales. SQR, sulfide:quinone oxidoreductase; SOR, sulfur oxygenase reductase; SAOR, sulfite: acceptor oxidoreductase; SoeABC, sulfite oxidizing enzyme; TetH, tetrathionate hydrolase; TQO, thiosulfate: quinone oxidoreductase; Hdr, heterodisulfide reductase; LbpA, lipoate-binding protein A; Dsr, disulfide reductase; Tus, tRNA 2-thiouridine synthesizing protein; APSR, APS reductase; APAT, adenylylsulfate: phosphate adenylyltransferase; ATPS, ATP sulfurylase; AK, adenylate kinase; CQ, caldariellaquinones; and QOX, quinone oxidoreductase.


The first complete genome of a member of the Sulfolobales, Saccharolobus solfataricus P2, was published in 2001 (She et al., 2001). Now, complete genomic data are available for 69 strains within eight genera (except Sulfurococcus) in the order Sulfolobales. From genomic information and enzyme activity analysis, we can better understand the characteristics of sulfur metabolism in these organisms. Here, we summarize the key points to provide a clearer understanding of the taxonomy of Sulfolobales and sulfur oxidation in these organisms.



MAIN FEATURES OF THE GENERA IN THE ORDER SULFOLOBALES

Nine genera have been identified in the order Sulfolobales. The first, Sulfolobus, was described in 1972 (Brock et al., 1972). In recent years, some species were reclassified to new genera based on morphology, physiology, and phylogenetic evidence. Herein, we summarize the latest progress in taxonomy within the Sulfolobales. The main features of the nine genera and the main species within each genus are described below and in Tables 1 and 2.



TABLE 1. Main characteristics of the nine genera in the Sulfolobales.
[image: Table1]



TABLE 2. Characteristics of the main members in Sulfolobales.
[image: Table2]


Sulfolobus

The genus Sulfolobus was established in 1972 and is the type genus of the order Sulfolobales. Members of the Sulfolobus were first isolated from acid thermal soils and acid hot springs in Yellowstone National Park (United States), El Salvador, Dominica, and Italy (Brock et al., 1972). Eight species of Sulfolobus have been characterized, described, and validly named under the International Code of Nomenclature of Prokaryotes (ICNP)1; however, six of them were later reassigned to other genera. The type species is Sulfol. acidocaldarius, which was isolated from Locomotive Spring in Yellowstone National Park. Sulfol. yangmingensis and Sulfol. tengchongensis (which is not validly named) were isolated from a geothermal vent in Yang-Ming National Park in northern Taiwan, and an acidic hot spring in Tengchong, Yunnan, China, respectively (Jan et al., 1999; Xiang et al., 2003). Two species, Sulfol. islandicus isolated from Icelandic solfataras (Zillig et al., 1993; Reno et al., 2009) and Sulfol. sp. A20 isolated from a hot spring in Costa Rica (Dai et al., 2016), were also described and sequenced, although they were not validly named under the ICNP.

Cells of Sulfolobus are irregular cocci with frequent lobes, with diameter 0.8–1.5μm. Cells grow in the temperature range 55–95°C (optimal 65–85°C) and pH range 1.0–6.5 (optimal 2.0–4.0). Aerobic and facultatively chemolithoautotrophic growth occurs on S0 or a variety of complex organic compounds and sugars. Anaerobic growth of this genus has not been detected (Jan et al., 1999). The type strain Sulfol. acidocaldarius cannot oxidize elemental sulfur autotrophically in aerobic conditions (Brock et al., 1972; Huber et al., 1989; Huber and Prangishvili, 2006; Sakai and Kurosawa, 2018). Corresponding to this, genes encoding sulfur oxygenase for sulfur oxidation were not found in its genome (Sakai and Kurosawa, 2018).



Metallosphaera

Metallosphaera contains five members with valid name. The type species M. sedula was isolated from a continental solfataric field in Italy (Huber et al., 1989). Metallosphaera prunae was isolated from a smoldering slag heap of a uranium mine in Thuringen (Germany; Fuchs et al., 1995), and M. hakonensis was isolated from an acidic hot spring at a geothermal area in Hakone (Japan; Takayanagi et al., 1996; Kurosawa, 2003). Metallosphaera cuprina (Liu et al., 2011a) and M. tengchongensis (Peng et al., 2015) were both isolated from sulfuric hot springs in Tengchong (Yunnan, China). Metallosphaera hakonensis originally belonged to Sulfolobus, but it was reclassified to Metallosphaera in 2003 by Kurosawa (2003) based on phylogenetic evidence, DNA G+C content, and phenotypic properties (Table 2; Takayanagi et al., 1996; Kurosawa, 2003). Metallosphaera yellowstonensis was isolated from Yellowstone National Park and introduced in 2011 (Kozubal et al., 2011), which has not been validly named under the ICNP.

Cells of Metallosphaera are cocci or irregular cocci with diameter 0.8–1.2μm. Growth happens at 50–80°C (optimal 65–75°C), and pH 1.0–6.5 (optimal 2.5–3.5). Metallosphaera are aerobic and facultatively chemolithoautotrophic (Table 1). They can extract metal ions from several kinds of sulfidic ore, such as pyrite, chalcopyrite, and sphalerite. They can also oxidize S0 to sulfate but cannot reduce S0 (with or without the presence of H2). Heterotrophic growth occurs on complex organic compounds, such as beef extract, casamino acids, peptone, tryptone, and yeast extract. Metallosphaera cannot use sugars and amino acids (with the exception of M. cuprina, which can use a few types of sugar and amino acid, such as D-glucose, D-xylose, L-arabinose, and L-tryptophan; Table 2; Huber et al., 1989; Fuchs et al., 1995; Takayanagi et al., 1996; Liu et al., 2011a; Peng et al., 2015).



Sulfuracidifex

The genus Sulfuracidifex was proposed by Itoh in 2020. The type species is Sulfura. tepidarius, which was isolated from a solfataric field at Hakone, Japan (Itoh et al., 2020). Another member is Sulfura. metallicus, isolated from continental solfataric fields in Iceland (Huber and Stetter, 1991). Sulfura. metallicus was reclassified from Sulfolobus because its phenotypic properties and 16S rRNA gene sequences are closer to those of Sulfura. tepidarius than to other members of the order Sulfolobales (Itoh et al., 2020).

Cells of Sulfuracidifex are irregular cocci with diameter 0.8–1.2μm. Growth occurs at 45–75°C (optimal around 65°C), and at pH 0.4–5.5 (optimal 2.5–3.5). Sulfuracidifex is obligate aerobes. Cells grow autotrophically on S0, reduced sulfur compounds, or sulfide ores. When grown mixotrophically, Sulfura. tepidarius uses several complex organics and sugars, whereas Sulfura. metallicus uses only yeast extract or glycogen as carbon sources (Tables 1 and 2; Huber and Stetter, 1991; Itoh et al., 2020).



Sulfodiicoccus

The type species of genus Sulfodiicoccus is Sulfod. acidiphilus, isolated from the Hakone Ohwaku-dani hot spring in Japan in 2017 (Sakai and Kurosawa, 2017). At present, it is the only member of the Sulfodiicoccus. Growth of the species is significantly inhibited in the presence of S0. The DNA G+C content is 52.0mol%, which is remarkably higher than that of the other known species of the Sulfolobales (30.6–46.2mol%; Sakai and Kurosawa, 2017).

Cells of Sulfodiicoccus are cocci to irregular cocci with diameter 0.8–1.5μm. Cells grow at 50–70°C (optimal 65–70°C), pH 1.4–5.5 (optimal 3.0–3.5), and 0–2.5% (w/v) NaCl. Sulfod. acidiphilus is strictly aerobic and heterotrophic. Growth occurs on various complex substrates or sugars as carbon sources. Chemolithoautotrophic growth does not occur by oxidation of S0, pyrite, K2S4O6, Na2S2O3, or FeSO4·7H2O, or on H2 (Sakai and Kurosawa, 2017).



Acidianus

There are six species described in the genus Acidianus: A. ambivalens (Zillig et al., 1986; Fuchs et al., 1996), A. brierleyi (Segerer et al., 1986), A. infernus (Segerer et al., 1986), A. manzaensis (Yoshida et al., 2006), A. sulfidivorans (Plumb et al., 2007), and A. tengchongenses, which is not validly named (He et al., 2004). Among them, A. infernus is the type species of Acidianus (Segerer et al., 1986). Acidianus ambivalens was previously named Desulfurolobus ambivalens (Zillig et al., 1986), but, as it is very similar to A. infernus in physiological and biochemical features, it was reassigned to the genus Acidianus (Fuchs et al., 1996). Members of the Acidianus occur in acidic solfataras and marine hydrothermal systems. Cells of Acidianus are irregular cocci with diameter 0.5–2.0μm. Cells grow at 45–96°C (optimal 70–90°C), pH 1.0–6.0 (optimal 0.8–2.5), and 0.1–4% (w/v) NaCl. Chemolithoautotrophic growth occurs aerobically by means of S0 oxidation or anaerobically via S0 reduction with H2 as electron donor (Tables 1 and 2). Acidianus infernus (Segerer et al., 1986), A. ambivalens (Zillig et al., 1986), and A. tengchongenses (He et al., 2004) are obligately chemolithotrophic. A. brierleyi (Segerer et al., 1986), A. manzaensis (Yoshida et al., 2006), and A. sulfidivorans (Plumb et al., 2007) are facultatively autotrophic and can grow heterotrophically on yeast extract in the absence of S0 in aerobic conditions.



Sulfurisphaera

The genus Sulfurisphaera contains three species at present, Sulfuri. javensis (Tsuboi et al., 2018), Sulfuri. ohwakuensis (Kurosawa et al., 1998), and Sulfuri. tokodaii (Suzuki et al., 2002), which were all isolated from acidic hot springs (Kurosawa et al., 1998; Suzuki et al., 2002; Tsuboi et al., 2018). Sulfuri. tokodaii formerly belonged to Sulfolobus but was reclassified to Sulfurisphaera by Tsuboi et al. (2018) based on the latest phylogenetic data (Suzuki et al., 2002; Tsuboi et al., 2018). The type species of this genus is Sulfuri. ohwakuensis (Kurosawa et al., 1998).

Cells of Sulfurisphaera are irregular cocci with diameter approximately 1μm and grow at 60–96°C (optimal 80–84°C), pH 1.5–6.0 (optimal 2.0–4.0), and 0–1.5% (w/v) NaCl. Cells are facultatively anaerobic. Anaerobic growth occurs on FeCl3 in the presence of yeast extract. Chemolithoautotrophic growth occurs on S0, S4O62−, and pyrite in aerobic conditions. The G+C content is in the range 30.6–33.7mol% (Tsuboi et al., 2018).



Saccharolobus

The type species of the genus is Sa. solfataricus, which was first described by Zillig et al. (1980). The other two species are Sa. shibatae and Sa. caldissimus (Sakai and Kurosawa, 2018). Sa. solfataricus and Sa. shibatae were originally classified into the genus Sulfolobus (Zillig et al., 1980; Grogan et al., 1990). However, later study demonstrated that their abilities to use various sugars were quite different from that of Sulfol. acidocaldarius, the type species of Sulfolobus. The growth temperature and pH, and facultatively anaerobic characteristics, of Sa. solfataricus and Sa. shibatae are almost identical to those of Sa. caldissimus. Phylogenetic evidence based on 16S rRNA and 23S rRNA gene sequences also helped distinguish Sa. solfataricus, Sa. shibatae, and Sa. caldissimus from Sulfol. acidocaldarius. Therefore, Sa. solfataricus and Sa. shibatae were reclassified as Saccharolobus (Sakai and Kurosawa, 2018).

Cells of Saccharolobus are irregular cocci. The temperature and pH ranges for growth are 50–93°C and pH 1.5–6.0 (optima 80–85°C and 3.0–4.5), respectively. Cells are facultatively anaerobic, using FeCl3 as an electron acceptor and yeast extract as an electron donor. Heterotrophic growth occurs on complex substrates, such as yeast extract and various kinds of sugar. Chemolithoautotrophic growth occurs on pyrite or, poorly, by oxidation of H2. S0 and K2S4O6 cannot be used as electron donors. The G+C content of this genus is in the range 31.7–35.8mol% (Sakai and Kurosawa, 2018).



Stygiolobus

Stygiolobus isolates were obtained from solfataric fields in the Azores and described by Segerer et al. (1991). The type species is S. azoricus, the only member of Stygiolobus, which is an obligate anaerobe. Cells are irregular cocci or lobed and are approximately 0.5–1.8μm wide in exponential growth phase, and frequently surrounded by pilus- or fimbria-like appendages. The growth temperature and pH ranges are 57–89°C and 1.0–5.5 (optimum around 80°C and 2.5–3.0), respectively. Stygiolobus azoricus is obligately chemolithotroph and grow by means of H2–S0 lithotrophy. Growth was stimulated by a trace amount of yeast extract (0.005–0.02%; Segerer et al., 1991).



Sulfurococcus

The genus Sulfurococcus contains two species: Sulfuro. mirabilis and Sulfuro. yellowsonensis. The original characterization manuscripts are both in Russian. However, the abstract (written in English) states that Sulfuro. yellowsonensis was isolated from the hydrotherm of Yellowstone National Park (United States) and is a spherical, sulfur-oxidizing thermoacidophile. It grows at 40–80°C. Sulfuro. yellowsonensis is a facultative autotroph that grows autotrophically by oxidizing elemental sulfur, ferrous sulfate, and sulfide minerals, and heterotrophically on organic compounds. The DNA G+C content is 44.6mol% (Karavaĭko et al., 1994).




SHARED AND DIVERSE FEATURES OF SULFOLOBALES

All members of the order Sulfolobales are acidothermophiles. Most of them were isolated from terrestrial or aquatic solfatara aeras, which are hot and acidic. They have many phenotypic characteristics in common, but also numerous differences. The phylogenetic relationships of some species were revised in recent years. The main characteristics of the nine genera in the order Sulfolobales are listed in Tables 1 and 2.


Phenotypic Features

As shown in Table 2, the cells of all Sulfolobales are cocci or irregular cocci, 0.5–2.2μm in diameter. However, they have diverse O2 requirements and nutrition types. In general, Sulfolobus, Metallosphaera, Sulfuracidifex, and Sulfodiicoccus are obligate aerobes. Acidianus, Sulfurisphaera, and Saccharolobus are facultative anaerobes. Stygiolobus is the only obligate anaerobic genus within the Sulfolobales. Most members within Sulfolobales are facultatively chemolithoautotrophic, but Sulfodiicoccus species are heterotrophs (Sakai and Kurosawa, 2017). Stygiolobus and some species of Acidianus are obligately chemolithoautotrophic.

Compared with members of Sulfolobus, most Metallosphaera have greater ability to oxidize RISCs, such as S0, S4O62−, and sulfidic ores, but lesser ability to use sugars. The members of Sulfolobus can use different types of sugar. However, compared with Sa. solfataricus, which shows high metabolic versatility and is able to use a broad spectrum of substrates, including mono-, di-, oligo-, and polysaccharides, Sulfol. acidocaldarius has a much narrower substrate spectrum. This could be attributed to its relatively small genome, which lacks numerous transport systems for substrate uptake (Lewis et al., 2021).

Both Sulfurisphaera and Saccharolobus are facultatively anaerobic and facultatively chemolithoautotrophic. They have similar abilities in using FeCl3 as an electron acceptor in anaerobic conditions, while their abilities to use RISCs vary. In the case of Sulfurisphaera, chemolithoautotrophic growth occurs on various kinds of RISC in aerobic conditions. However, Saccharolobus can only oxidize pyrite poorly (Kurosawa et al., 1998; Sakai and Kurosawa, 2018). Although Zillig et al. (1980) described that Sa. solfataricus can use S0 as an energy source, the data of Sakai and Kurosawa (2018) indicate that this species cannot use pyrite or S0 at all (Zillig et al., 1980; Sakai and Kurosawa, 2018).



Phylogenetic Relationships

With the increasing number of isolates and phylogenetic data, several species of Sulfolobales have been taxonomically reclassified. Sulfolobus was the first described genus of the Sulfolobales. Six species that were originally classified as Sulfolobus species – A. brierleyi (Zillig et al., 1980), M. hakonensis (Takayanagi et al., 1996), Sa. solfataricus (Zillig et al., 1980), Sa. shibatae (Grogan et al., 1990), Sulfura. metallicus (Huber and Stetter, 1991), and Sulfuri. tokodaii (Suzuki et al., 2002) – have been reclassified into new genera according to later physiological and phylogenetic evidences (Segerer et al., 1986; Kurosawa, 2003; Sakai and Kurosawa, 2018; Tsuboi et al., 2018; Itoh et al., 2020; Table 2; Figures 2, 3).
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FIGURE 2. Neighbor-joining phylogenetic tree of the members of Sulfolobales described in this manuscript based on 16S rRNA gene sequences by Mega 7. Numbers at branch nodes represent confidence levels based on 1,000 replicates bootstrap samplings (values greater than 50% are shown), Bar, 0.02 substitutions per nucleotide position. GenBank accession numbers are given in parentheses. The reclassified species are highlighted in red.


[image: Figure 3]

FIGURE 3. Phylogenetic relationship of the proteins related to sulfur metabolism in the Sulfolobales. (A) Phylogenetic tree based on whole-genome sequences constructed by using a Composition Vector (CV) approach (Qi et al., 2004; Zuo and Hao, 2015). K-tuple length: 5. The reclassified species are highlighted in red. (B) Protein related to sulfur metabolism within the Sulfolobales and their percentage identity at the amino acid level (blastp, coverage >80%). Acidianus ambivalens, Metallosphaera sedula, and Metallosphaera cuprina proteins are used as queries. Sre, sulfur reductase; SOR, sulfur oxygenase reductase; SQR, sulfide:quinone oxidoreductase; DoxD, thiosulfate:quinone oxidoreductase (TQO) small subunit; DoxA, TQO large subunit; SAOR, sulfite:acceptor oxidoreductase; APR, APS reductase; SAT, ATP sulfurylase; ADK, adenylate kinase; TetH, tetrathionate dehydrogenase; Dsr, disulfide reductase; Tus, tRNA 2-thiouridine synthesizing protein; and Hdr, heterodisulfide reductase. *, the APR activity was detected in Acidianus ambivalens (Zimmermann et al., 1999), while no homologous sequence was found when use APR sequence of Metallosphaera sedula as query.


Although features, such as morphology, temperature and pH for growth, O2 requirements, and nutrition types of Sulfurisphaera, resemble those of the Acidianus, phylogenetic analyses including 16S rRNA gene similarities and DNA–DNA hybridization data distinguish it from the other genera of the Sulfolobales (Segerer et al., 1986; Kurosawa et al., 1998; Tsuboi et al., 2018).

As the phylogenetic tree in Figures 2, 3 show, members of the other genera of Sulfolobales each cluster together or closely, with the exception of the members of Sulfolobus, which are dispersed in different clusters. Notably, the 16S rRNA gene sequence of Sulfol. yangmingensis is more similar to that of Sulfuri. tokodaii and Sulfuri. ohwakuensis, and these three species form a clade in the phylogenetic tree (Figure 2). Furthermore, the use of organic compounds and RISCs by Sulfol. yangmingensis is also similar to that by Sulfurisphaera, although the G+C content of Sulfol. yangmingensis (42%) is much higher than that of Sulfurisphaera spp. (30–33%; Kurosawa et al., 1998; Jan et al., 1999; Tsuboi et al., 2018). Sulfol. islandicus, Sulfol. tengchongensis, and Sulfol. sp. A20, have been charactered or sequenced but not validly named, are all far from the type strain Sulfol. acidocaldarius but related to the clade containing Saccharolobus, according to phylogenetic analysis based on 16S rRNA gene sequences and whole genome sequences (Figures 2, 3). Average amino acid identity (AAI) and conserved multi-locus sequence alignment (MLSA) also indicate that Sulfol. acidocaldarius is distinct from the other species of Sulfolobus (Counts et al., 2021).

In addition, AAI and MLSA data for Sulfolobales suggest that Sulfod. acidophilus should be classified into a new family (Counts et al., 2021). All these observations indicate that the phylogenetic positions of the members of Sulfolobales need to be reconsidered.




SULFUR METABOLISM IN THE ORDER SULFOLOBALES

Sulfur metabolism is an important physiological process of many members of Sulfolobales. From genomic information and enzyme activity analysis, several enzymes and proteins related with the metabolism of different RISC have been recognized.


Reduction of S0

Reduction of elemental sulfur is universal among hyperthermophilic archaea. Three genera of Sulfolobales – Acidianus, Sulfurisphaera, and Stygiolobus – reduce S0 to H2S with H2 as the electron donor (Table 2). Two membrane-bound, multisubunit enzymes are involved in S0 reduction in Acidianus: sulfur reductase (SR) and NiFe hydrogenase. SR is composed of five subunits encoded by the sreABCDE gene cluster: a large subunit (SreA), an Fe–S-cluster-containing subunit (SreB), a membrane-anchor subunit (SreC), and SreD and SreE, whose functions are unknown. Both SreA and SreB share sequence similarity with molybdopterin oxidoreductases belonging to the dimethylsulfoxide reductase family. sreABC gene clusters are found in Sulfol. islandicus, A. ambivalens, A. brierleyi, A. manzaensis, A. sulfidivorans, and Sa. solfataricus. The NiFe hydrogenase is encoded by an operon with 12 open reading frames, hynS–isp1–isp2–hynL–hynYZ–hypDCE–hypYZ–hoxM. HynS, HynL, and Isp1 are the small subunit and large subunit of the hydrogenase and the membrane-anchor protein, respectively. HynS and HynL contain [NiFe] and Fe–S clusters, respectively. HypDCE and HoxM are proteins required for hydrogenase maturation. Isp2, HynYZ, and HypYZ are proteins with unknown functions. Electron transfer between NiFe hydrogenase and SR is probably mediated by quinones in Acidianus (Laska, 2003).



Oxidation of RISCs


Oxidation of Sulfide

Sulfides (S2−, HS−, and H2S) are widely distributed in soils, ore, wastewater, and marine environments. They are produced partly from mineral deposits, and partly by biological metabolism, including as products of eukaryotic and prokaryotic endogenous catabolism of cysteine and iron–sulfur proteins and dissimilatory metabolism of sulfur-containing inorganic compounds (Kabil and Banerjee, 2010; Lencina et al., 2013; Gao et al., 2017; Bełtowski, 2019). H2S is an important electron donor in prokaryotes, such as phototrophic or chemotrophic microorganisms (Reinartz et al., 1998; Sakurai et al., 2010; Klatt et al., 2015). The enzymes involved in maintaining sulfide homeostasis and providing bioenergy in Sulfolobales are sulfide:quinone oxidoreductase (SQR), which are found distributed widely in all domains (they are found in archaea, bacteria, and mitochondria; Hell et al., 2008; Sousa et al., 2018).

SQR homologs are present in all the members of the Sulfolobales listed in Figure 3 except Sulfol. acidocaldarius. Only one SQR-encoding gene is present in the genomes of most members of the Sulfolobales. However, Acidianus species harbor a second SQR (SQR2), which share 71–77% identities (100% coverage) with SQR from A. ambivalens (AaSQR; Figure 3). SQRs are classified into six types based on their structures and sequences (Marcia et al., 2010; Sousa et al., 2018). AaSQR belongs to Type V SQRs (Sousa et al., 2018), which is the first X-ray crystal structure of an archaeal SQR (PDB ID: 3H8L; Brito et al., 2009). AaSQR has one extended capping loop and a cysteine–flavin adenine dinucleotide (FAD) linkage, and contains two monomers in the asymmetric unit (Sousa et al., 2018). It has two redox centers: the covalently bound FAD and a pair of cysteine residues (C178 and C350) bridged by a chain of three sulfur atoms. A channel on the surface of SQR, at the re-side of the FAD, is for substrate entry or product exit. The oxidation reaction product, a polysulfide chain (comprising four or five sulfur atoms) or sulfane, is the substrate for SOR. The reduction part of the reaction occurs on the si-side of FAD, where the primary electron acceptor, a quinone, is reduced by electrons from sulfide. This process feeds electrons into the respiratory chain and is coupled to energy conservation (Brito et al., 2009). AaSQR is a membrane-anchored protein, most likely facing the cytoplasm (Brito et al., 2009). McSQR (Mcup_0231) from M. cuprina Ar-4 was upregulated when cells grew autotrophically on S0 compared with growth heterotrophically on yeast extract (Jiang et al., 2014). The ability of McSQR to oxidize sulfide to polysulfide has been shown (data not published by our group).

SQRs are involved in sulfide-dependent energy conservation and in sulfide detoxification to maintain sulfide homeostasis. Microbial oxidation of sulfide is a hot topic in wastewater bioremediation technology and for sulfide removal from soil. Nevertheless, the catalytic mechanism and the function of most SQRs in cells remain to be uncovered.



Oxidation of Elemental Sulfur

Elemental sulfur (S0), existing mainly in the most stable form, cyclo-S8, is insoluble in water (Boulegue, 1978; Suzuki, 1999; Sosa Torres et al., 2020). In Sulfolobales, S0 oxidation is catalyzed by SOR, which was first characterized in A. ambivalens. SOR catalyzes oxygen-dependent S0 disproportionation, with hydrogen sulfide, sulfite, and thiosulfate as the products. Thiosulfate is produced mainly due to the chemical reaction between sulfite and S0 (Kletzin, 1989; Kletzin et al., 2004). S0 serves both as electron donor and acceptor, and no external cofactors are required by SOR. The reaction is not coupled with energy conservation (Kletzin et al., 2004; Urich et al., 2004).

Genes encoding SOR homologs in Sulfolobales are widespread in all sequenced Acidianus species and are also found in Sulfuri. tokodaii and Sulfura. metallicus. Three SORs within the Sulfolobales have been structurally characterized: AaSOR from A. ambivalens (PDB ID: 2CB2; Urich et al., 2004, 2006), AtSOR from A. tengchongensis (PDB ID: 3BXV; He et al., 2000; Li et al., 2008), and StSOR from Sulfuri. tokodaii (PDB ID: 6M3X, 6M35; Sato et al., 2020).

The SORs are homomultimers, each composed of 24 identical subunits, which form a large hollow sphere enclosing a positively charged nanocompartment, where the disproportionation reaction takes place. Six chimney-like protrusions, each composed of four helices that belong to individual monomers, referred to as tetramer channels, are the entry routes of the substrate S0; S0 enters the tetramer reaction pocket via the apolar tetramer channels as a linear polysulfone, rather than as an S8 ring. Each monomer possesses an active site pocket comprising a mononuclear non-heme iron site and three conserved cysteine residues (C31, C101, and C104; Figure 4; Urich et al., 2006; Li et al., 2008; Sato et al., 2020). In AaSOR, C31 is involved in binding the substrate S0 via a cysteine persulfide, and only this residue (among the three cysteines) was essential for the catalytic activity of AaSOR (Urich et al., 2006; Veith et al., 2011). However, the cysteine residues are present as free thiols in AtSOR and StSOR structures. Mutation of any of the three cysteine residues completely abolished the catalytic activity of AtSOR (Li et al., 2008). Mutation of C101 or C104 in StSOR significantly decreased the activity of the enzyme (Sato et al., 2020). The polar reaction products hydrogen sulfide, sulfite, and thiosulfate were proposed to exit the sphere via channels located at threefold symmetry axes (Urich et al., 2006; Li et al., 2008; Veith et al., 2011; Sato et al., 2020). SOR activity was detected only in the cytoplasm of A. ambivalens, while it is partially located in the cytoplasmic membrane of A. tengchongensis (Chen et al., 2005).
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FIGURE 4. Superposition of the active site between the AtSOR (I432 form) and AaSOR structures. The iron atom is represented as a large sphere and water molecules as small spheres. The residues constituting the active site are shown as sticks. The AaSOR structure is shown in green, while the color of the AtSOR structure is represented by the atom type: yellow, carbon atom; red, oxygen atom (water molecule is included); blue, nitrogen atom; orange, sulfur atom; and magenta, iron atom (Li et al., 2008).


SOR is found in all Acidianus species and a few other members of the Sulfolobales, such as Saccharolobus and Sulfurisphaera (Kletzin, 1989; Chen et al., 2007). All archaea harboring SORs have the ability to oxidize S0. Notably, although Metallosphaera can oxidize S0 for growth, no SOR-coding genes are found in their genomes (Figure 3; Auernik et al., 2008; Liu et al., 2011b; Wang et al., 2020). SOR is indicated to be a supplementary but not necessary enzyme for cytoplasmic elemental sulfur oxidation in the sulfur-oxidizing bacteria Acidithiobacillus spp. (Wang et al., 2019). Other enzymes may exist that perform S0 oxidation in aerobic sulfur-oxidizing Sulfolobales; this requires further research.



Oxidation of Thiosulfate

Thiosulfate is further oxidized to tetrathionate by the membrane-bound protein TQO in A. ambivalens. A. ambivalens TQO consists of two 28-kD DoxD and two 16-kD DoxA subunits, forming an α2β2 tetramer. TQO oxidizes thiosulfate to tetrathionate with caldariellaquinone (CQ) as the electron acceptor. TQO and the terminal quinol:oxygen oxidoreductase, comprised of two major subunits (DoxB and DoxC) and one minor subunit (DoxE), may form a loose aggregation in the membrane and transfer electrons via CQ to reduce O2, producing a transmembrane proton gradient for coupled ATP synthesis (Müller et al., 2004).

doxDA homologs are found in several genera of Sulfolobales, including Acidianus, Metallosphaera, Saccharolobus, Sulfodiicoccus, Sulfolobus, Sulfuracidifex, and Sulfurisphaera. DoxD (Mcup_1713) and DoxA (Mcup_1712) in M. cuprina Ar-4 were upregulated when cells grew in autotrophic conditions compared with heterotrophic conditions, as determined by quantitative proteomics (Jiang et al., 2014). Genes encoding DoxD2 and DoxA2, which have low similarity (around 40%) of amino acid sequences to DoxD and DoxA, are present in Acidianus, Saccharolobus, and Sulfol. islandicus (Figure 3). DoxD2 and DoxA2 are separated from DoxDA phylogenetically, and their functions are still unclear (Müller et al., 2004).



Oxidation of Sulfite

There are two pathways of oxidation of sulfite to sulfate: direct and indirect oxidation. The direct oxidation of sulfite to sulfate in A. ambivalens is catalyzed by sulfite:acceptor oxidoreductase (SAOR), a membrane-bound molybdenum protein. The electrons from sulfite oxidation are probably transferred to CQ, feeding into the respiratory chain. Genes encoding SAOR homologs are found in all the sequenced Sulfolobales (Figure 3). The sulfite produced during sulfur metabolism is in the cytoplasm, while sulfate produced by the membrane-bound SAOR is released to the outside of the cell. However, it is still unknown whether SAOR transports sulfate across the membrane, or if a sulfate transporter is present (Zimmermann et al., 1999). It was reported that sulfite was readily oxidized to sulfate through the direct pathway in the purple sulfur bacterium Allochromatium vinosum, catalyzed by the heterotrimeric membrane-bound sulfite-oxidizing enzyme complex SoeABC (Dahl et al., 2013). The sequences of SoeABC subunits were detected in all Metallosphaera species. Whether this direct sulfite oxidation pathway works in sulfur-oxidizing archaea remains to be established (Wang et al., 2020).

The indirect sulfite oxidation pathway is catalyzed by adenylylsulfate or adenosine 5'-phosphosulfate (APS) reductase and ATP sulfurylase (also named ATP:sulfate adenylyltransferase, encoded by the sat gene) or adenylylsulfate:phosphate adenylyltransferase (APAT, formerly named ADP sulfurylase). APS is an intermediate, involved in substrate-level phosphorylation. In the first reaction, APS reductase catalyzes APS formation from sulfite and AMP, and releases two electrons. The APS can be used in two ways: One is reacting with pyrophosphate (Ppi) catalyzed by ATP sulfurylase, forming ATP and sulfate; the other is in production of ADP and sulfate catalyzed by APAT in the presence of phosphate (Pi). ADP is then converted to ATP by adenylate kinase (Kappler and Dahl, 2001). The activities of APS reductase, APAT, and adenylate kinase were detected in the cytoplasm in Acidianus ambivalens, revealing indirect oxidation of sulfite via the APS and ADP pathway (Zimmermann et al., 1999). According to our BLAST search results, genes encoding APS reductase and ATP sulfurylase are also present in A. manzaensis, M. sedula, M. yellowstonensis, Sulfuri. tokodaii, Sulfod. acidophilus, Saccharolobus, and Sulfolobus species, indicating indirect sulfite oxidation occurs in these organisms, probably via APS to form ATP and sulfate (Figure 3), although biochemical evidence for this is still lacking. Neither APS reductase- nor ATP sulfurylase-encoding genes are found in Acidianus species, M. cuprina, M. hakonensis, Sulfuri. ohwakuensis, and Sulfuracidifex species (Figure 3). The indirect sulfite oxidation pathways in these organisms are still unclear.




Hydrolysis of Tetrathionate

Tetrathionate, the product of TQO, is further hydrolyzed by tetrathionate hydrolase (TetH), a pseudoperiplasmic protein attached to the S-layer, with an overall β-propeller structure. In A. ambivalens, TetH was found only in cells grown on tetrathionate; the gene is poorly expressed in cells grown on sulfur (Protze et al., 2011). TetH secreted by A. hospitalis YS8 forms zipper-like particles (ZLPs). The amounts of ZLPs that increased after cells were treated by mitomycin C, UV light, or by freezing in liquid nitrogen and rapid thawing, and they decreased to nondetectable levels after cells adapted to their growth conditions. TetH from A. hospitalis YS8 has 99% identity with that from A. ambivalens; both are stimulated by general stress (Krupovic et al., 2012).

TetH-coding genes exist in strictly or facultatively chemolithoautotrophic members of the Sulfolobales, which can grow in tetrathionate (Figure 3). Two copies of TetH-encoding genes (tetH1 and tetH2) are found in Acidianus, Sulfuracidifex, and Sulfurisphaera species. TetH1 and TetH2, the function of which is unknown, cluster in distinct clades in a dendrogram (Protze et al., 2011).



Heterodisulfide Reductase

Heterodisulfide reductase (Hdr) is an iron–sulfur protein first discovered in methanogenic archaea that catalyzes reversible reduction of the heterodisulfide (CoM–S–S–CoB) of the thiol-coenzymes M (CoM–SH) and B (CoB–SH), coupled with energy conservation. Hdr is composed of three subunits, HdrA, HdrB, and HdrC. HdrA contains a typical FAD-binding motif and four [4Fe–4S] cluster-binding motifs. HdrB harbors two similar non-cubane [4Fe–4S] clusters and each cluster consist of fused [3Fe–4S]-[2Fe–2S] subcluster sharing one iron and one sulfur. The ferredoxin-like HdrC contains two [4Fe–4S] cluster-binding motifs (Hedderich et al., 2005; Wagner et al., 2017). Hdr complex-like proteins in sulfur-oxidizing bacteria and archaea are encoded by the gene cluster hdrC1B1A-hyp-hdrC2B2 (Liu et al., 2014). The Hdr complex in the thermophilic bacterium Aquifex aeolicus is a membrane-bound protein composed of at least five subunits: HdrA, HdrB1, HdrB2, HdrC1, and HdrC2 (Boughanemi et al., 2016). The Hdr complex is supposed to oxidize disulfide intermediates to sulfite and deliver the collected electrons to the membrane quinol pool. Furthermore, sulfur trafficking proteins, such as TusA and DsrE, are involved in transferring the sulfur groups to Hdr (Quatrini et al., 2009). Recent evidence showed that the Hdr complex oxidized thiosulfate to sulfite in Hyphomicrobium denitrificans, and the electrons produced may be transferred via a lipoate-binding protein (LbpA) to generate NADH (Cao et al., 2018; Koch and Dahl, 2018). The expression of Hdr subunits in M. cuprina Ar-4 increases when cells are grown in autotrophic conditions compared with heterotrophic conditions, indicating the participation of the Hdr-like complex in sulfur oxidation in M. cuprina (Jiang et al., 2014).



Sulfur Trafficking

Sulfur trafficking is normally required for delivery of sulfur-containing groups as protein-bound forms to the sulfur-catalyzing enzymes. During this process, the unstable sulfur groups can be protected. The active site of TQO is suggested to face the cytoplasm; the tetrathionate produced by thiosulfate oxidation is thus released to the cytoplasm. However, tetrathionate is unstable at the near-neutral pH in the cytoplasm (Protze et al., 2011). Whereas the (rhd–)tusA–dsrE2 gene cluster is widely distributed in phototrophic and chemotrophic sulfur-oxidizing bacteria for transfer of sulfane sulfur, the dsrE3A–tusA–hdr gene cluster is ubiquitous in Sulfolobales (Figure 3). TusA appears to be a central and common protein for sulfur trafficking in sulfur-oxidizing pathways (Dahl, 2015). It has been proven in M. cuprina that the dsrE3A–tusA–hdr gene cluster is important in trafficking the sulfane sulfur of tetrathionate to prevent its biological toxicity. As shown in Figure 1, DsrE3A and TusA can both react with tetrathionate to form protein–Cys–S–thiosulfonate, which is stable in the cytoplasm. Then, DsrE3A–Cys–S–thiosulfonate transfers one thiosulfonate to TusA, forming TusA–Cys–S–thiosulfonate, and releases another thiosulfonate to TQO. The reverse transfer reaction does not happen. Next, the thiosulfonate combined with TusA serves as the substrate of the Hdr-like complex to produce sulfite for SAOR/SoeABC. The sulfane group remaining on TusA is then oxidized and released (Liu et al., 2014; Dahl, 2015).




CONCLUSION

The order Sulfolobales, phylum Crenarchaeota, is distributed in acidic and hot terrestrial or aquatic solfatara aeras and includes nine validly named genera. On the basis of new physiological data and phylogenetic analysis, several species have been reassigned to new taxa over the years. Furthermore, Sulfol. yangmingensis should be reclassified in genus Sulfurisphaera. Sulfol. islandicus, Sulfol. tengchongensis, Sulfol. sp. A20, and some other Sulfol. sp. strains might be placed in the genus Saccharolobus according to phylogenetic analysis. Moreover, it is proposed that Sulfod. acidiphilus should be used as the type strain of a new family. More newly isolates and their physiological and phylogenetic data are needed to support the reclassification.

Sulfolobales possess a broad array of physiological traits, such as a pH range for growth of 0.4–6.5, a temperature range for growth from 45 to 96°C, different O2 requirements (including obligate aerobes, facultative aerobes, and obligate anaerobes), different nutrition types (including heterotrophs, mixotrophs, and chemolithoautotrophs), and DNA G+C content from 30 to 52mol% (Tables 1 and 2). Most Sulfolobales are sulfur or RISC oxidizers or reducers, and they are considered to play important roles in the sulfur cycle of Earth. Some proteins and enzymes involved in sulfur metabolism have been characterized (Figure 1). It seems no universal pathway exists, and the proteins involved in sulfur metabolism vary in different species (Figure 3). Gaps remain in the sulfur metabolism pathways of Sulfolobales: (i) How does element sulfur access to the cytoplasm or do cytomembrane proteins exist to directly oxidize element sulfur? (ii) Which enzyme catalyzes S0 oxidation in the species without SOR? (iii) What are the functions of DoxD2 and DoxA2? (iv) How does sulfate transport across the membrane? Further research is required in the above area for understanding these questions.
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Various strategies to accelerate the formation of biofilms on minerals have been studied, and one of them is the use of D-galactose as an inducer of EPS production in planktonic cells of biooxidant bacteria. With the aim to evaluate the influence on the attachment and the effect over the solubilization of a polymetallic mineral concentrate, the behavior of a microbial consortium formed by Acidithiobacillus thiooxidans DSM 14887T and Leptospirillum ferrooxidans DSM 2705T previously induced with D-galactose for the early formation of EPS was studied. These microorganisms were previously adapted to 0.15 and 0.25% of D-galactose, respectively; afterward, different proportions of both strains were put in contact with the particle surface of a concentrate of polymetallic mineral. Also, to evaluate the affinity of each bacterium to the mineral, attachment tests were carried out with one of these species acting as a pre-colonizer. The same consortia were used to evaluate the solubilization of the polymetallic mineral. The results obtained show that the induction by D-galactose increases the microbial attachment percentage to the mineral by at least 10% with respect to the control of non-adapted consortia. On the other hand, the tests carried out with pre-colonization show that the order of inoculation also affects the microbial attachment percentage. From the different proportions tested, it was determined that the use of a consortium with a proportion of 50% of each species previously adapted to D-galactose and inoculated simultaneously, present a microbial attachment percentage to the mineral greater than 95% and better solubilization of a polymetallic mineral, reaching values of 9.7 and 11.7mgL−1 h−1 of Fe3+ and SO42−, respectively. Therefore, the use of D-galactose in small concentrations as inducer of EPS in acidophilic cells and the selection of an adequate strategy of inoculation can be beneficial to improve biooxidation since it would allow this process to develop in a shorter time by achieving a greater number of attached cells in a shorter time accelerating the solubilization of a sulfide mineral.
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GRAPHICAL ABSTRACT. EPS production using D-galactose as inducer and its influence in the attachment of consortia formed by differents proportions of A. thiooxidans and L. ferrooxidans inoculated at the same time and when one of them acting as a pre-colonizer.
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INTRODUCTION

Biooxidation processes have become increasingly important for the recovery of valuable metals from low-grade minerals, where conventional processing is not feasible (Gentina and Acevedo, 2016). Chemolithoautotrophic bacteria, such as Leptospirillum (L.) ferrooxidans and Acidithiobacillus (At.) thiooxidans (Nemati and Harrison, 2000), are used for this purpose since they are capable of oxidizing iron and sulfur compounds, respectively, to obtain energy. During this process, bacteria play an important role in biooxidation through the regeneration of ferric iron (Fe3+) and the production of sulfuric acid. When they attach to the mineral and oxidize the ferrous ion (Fe2+), they generate ferric iron (Fe3+) which solubilizes the sulfur minerals in an acidic environment where the metals of interest are occluded; this occurs at the interface of the extracellular polymeric substances (EPS) produced by microorganisms and the mineral. This has been used, as an example, to release gold from sulfide matrix and its subsequent leaching with cyanide (Vera et al., 2013; Saavedra et al., 2020).

The attachment of microorganisms to the surface of minerals is a key step for the biooxidation process to take place (Bellenberg et al., 2014a). During this stage, microorganisms are organized into complex structures called biofilms (Lara et al., 2010). In a biofilm, the microorganisms are embedded in EPS that constitute a biochemical reaction space for biooxidation, which occurs in the microenvironment generated by the biofilm and the Fe3+ ions that are located between the cell walls of the microorganisms and the surface of metal sulfides (Sand and Gehrke, 2006).

In the case of biooxidant microorganisms, biofilm formation allows them to bind to the mineral surface through electrostatic forces and hydrophobic interactions, thus facilitating the oxidizing action of Fe3+ on metal sulfide (Karatan and Watnick, 2009; Aguirre Morales, 2012). In turn, EPS play an important role in the initial stages of the mineral attachment process and biofilm formation (Gehrke et al., 1998; Sand et al., 2001). Subsequently, biooxidant microorganisms which do not form EPS need a longer time to attach to the mineral surface and consolidate the biofilm. In addition, attachment rates are lower for cells that previously formed EPS (Arredondo et al., 1994; Saavedra et al., 2013). Therefore, microbial attachment and subsequent biofilm formation on the mineral surface play a fundamental role in the biooxidation processes of minerals (Rodríguez et al., 2003). In this regard, attachment strategies based on the induction of EPS have been proposed as an adaptive response to substances that present toxicity such as D-galactose (Silver et al., 1967; Barreto et al., 2005).

On the other hand, it has been observed that there are changes in the composition of the microbial communities present in the biooxidation processes; however, the interactions among the different biooxidant species that coexist in the biofilms formed on sulfur minerals are generally unknown (Bellenberg et al., 2014a). It has been shown that biofilms from different ecological habitats suffer a succession of colonizers where the former produces EPS that can promote the attachment of other species (Elifantz et al., 2013).

According to Castro et al. (2016), the attachment of the cells and the subsequent formation of the biofilm depends on both, the substrate and the species involved in the process. These researchers, in their work with pre-colonization coupled with the inoculation of a second species to generate a consortium of Acidianus spp. and Sulfolobus metallicus, suggest that both species mutually influence each other with respect to the initial adherence speed. Similarly, Liu et al. (2016) showed the existence of interspecies interactions during the initial attachment of a model consortium formed by Sulfobacillus thermosulfidooxidans DSM 9293T and Acidianus sp. DSM 29099. The work of Rawlings and Johnson (2007) has shown that mixed cultures are more efficient in the bioleaching process than pure cultures as they improve the robustness of bioleaching and resistance to disturbances. A set of relevant microbial populations could potentially reduce the operational cost in bioleaching and biooxidation processes, which would otherwise occur when unwanted microbial communities are present (Rawlings and Johnson, 2007). Thus, Falco et al. (2003) developed covellite bioleaching tests showing that mineral solubilization performed better with a microbial consortium including At. thiooxidans and L. ferrooxidans.

Given the fact that various authors have shown that for bioleaching bacteria the attachment speed depends on factors such as the substrate, the species involved, the production of EPS, among others (Harneit et al., 2006; Kock and Schippers, 2008; Yang et al., 2015), it is important to study the microbial behavior in terms of attachment percentage to the mineral and their performance when they are established as a consortium. By virtue of these antecedents, the objective of this work was to evaluate the behavior of a model microbial consortium containing the bacteria At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T previously adapted to D-galactose for the early formation of EPS and their influence on the attachment percentage and subsequently their effect over the solubilization of iron and sulfur from a concentrate of polymetallic mineral.



METHODOLOGY


Microorganisms

The microorganisms used were At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T. Cultivation was carried out in 250-ml Erlenmeyer flasks containing 50ml of a culture medium with the following composition in g·L−1: KCl 0.004, MgSO4·7H2O 0.005, (NH4)2HPO4 0.15, CaCl2 0.0012 (Kim et al., 2002), supplemented with 44g·L−1 FeSO4·7H2O for L. ferrooxidans DSM 2705T or 10g·L−1 S° for At. thiooxidans DSM 14887T. The culture conditions were 30°C and 180rpm, at pH 1.8 and 1.3 for At. thiooxidans DSM 14887T and L. ferrooxidans 2705T, respectively.



Mineral

A polymetallic mineral concentrate was used for the attachment tests. The mineral was obtained from Bella Rica, Azuay Province (Ecuador). X-ray diffraction (XRD) analysis of the concentrate revealed the following composition in %: 30.23 quartz, 34.26 pyrite, 0.41 chalcopyrite, 0.95 galena, 3.41 sphalerite, 15.19 orthoclase, 8.24 gypsum, 0.89 apatite-(Sr-OH), 2.41 pyrrhotite, 2.61 arsenopyrite, 0.92 cobalt pentlandite, and 0.46 magnetite. The mineral used was crushed to a particle size of 75μm verified by the D80 of the ASTM # 200 sieve.

The mineral was acidified to pH 1.8 with a solution of 10N H2SO4, dried, and exposed to a N2 atmosphere to avoid chemical oxidation. Finally, it was sterilized at 121°C for 24h with dry heat (Bellenberg et al., 2014b).



Adaptation of Microorganisms to D-Galactose

At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T were previously adapted to 0.15%, 0.25, and 0.35% of D-galactose as described in Aguirre et al. (2017
, 2018). The maximum specific growth rate (μmax) and the yield of biomass (YX/S) were calculated for each adapted strain (see Supplementary Material). The amount of EPS produced by each species was extracted using Dowex cationic exchange resin (CER DOWEX Marathon C, SIGMA) according to Bellenberg et al. (2014b), and then, it was quantified by measuring of its main components: proteins and carbohydrates. Protein concentration was determined by the Bradford method (Bradford, 1976) and carbohydrates by the phenol/sulfuric acid method (Dubois et al., 1956).



Evaluation of the Microbial Attachment to the Mineral Surface

To evaluate the microbial attachment to the mineral surface, different consortia were formed with At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T adapted to D-galactose, while non-adapted cells were used to form consortia that acted as control. Mixtures of both strains in proportions of 30:70, 50:50, and 70:30 simulated the different microbial consortia. In all cases, a total of 1·108 cells·ml−1 were initially inoculated.

Experiments were carried out in 250-ml flasks containing 50ml of Kim medium (without addition of D-galactose, iron, and elemental sulfur) supplemented with 2% w/v of a polymetallic mineral concentrate and inoculated with a total of 1·108 cells·ml−1 in accordance with the consortia established before. For the evaluation of the attachment percentage, the cultures were incubated for 7h using an orbital shaker at 30°C and 180rpm, and samples were taken at 1, 30, 180, and 420min.

To quantify microbial attachment, 5ml of each sample was centrifuged at 200rpm for 2min (Prism C2500, Labnet International, Edison, NJ, United States), and then, the supernatant was separated from the mineral solid precipitate. Number of attached cells to the minerals were determined by quantitative real-time PCR (qPCR) for each species after DNA extraction from mineral pellet. To determine the percentage of attached cells, the number of DNA copies obtained at each time was contrasted with respect to the initial number of DNA copies of each species. Additionally, the total number of planktonic cells present in the supernatant was quantified by direct counting in Neubauer chamber.



Evaluation of Microbial Attachment on a Pre-colonized Mineral

Attachment tests were carried out with pre-colonization of the mineral. The attachment method consisted of an inoculating process in two consecutive stages, in such a way that the first inoculated strain acted as a pre-colonizer. Both species were tested as pre-colonizers by independent cultures, and thus, when L. ferrooxidans DSM 2705T acted as a pre-colonizer, At. thiooxidans DSM 14887T was the secondary colonizer and vice versa. This test was carried out using adapted and non-adapted to D-galactose At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T.

Experiments were carried out in 250-ml Erlenmeyer flasks with 50ml of Kim medium (without addition of D-galactose, iron, and elemental sulfur) supplemented with 2% w/v of a polymetallic mineral concentrate. To start the first stage of culture, 5·107 cells·ml−1 of the pre-colonizing strain were added; after 60min, the supernatant was separated from the mineral by centrifugation at 200rpm and fresh Kim medium was added together with the same number of cells of the second species. The cultures were kept for 3h at 30°C and 180rpm. Samples were taken after 1, 60, 61, 91, and 181min. For each sample, the supernatant was separated by centrifugation at 200rpm for 2min to quantify the total planktonic cells and the solid was recovered for the determination of the number of attached cells by qPCR for each species. To determine the percentage of attached cells, the number of DNA copies obtained at each time was contrasted with respect to the initial number of DNA copies of each species.



Determination of Microbial Attachment to Mineral by Quantitative Real-Time PCR

DNA extraction from the bacterial cultures was carried out with the DNA easy Ultraclean Microbial Kit (QIAGEN, Hilden, Germany) according to the protocol suggested by the manufacturer, and the quality and concentration of the extracted DNA were verified using a NanoDrop (BioSpec-Nano, Shimadzu Corporation, Kyoto, Japan). Genomic DNA extraction from colonized solid samples was performed with the Power Soil kit (Mobio Laboratories, Carlsbad, CA, United States).

Primers were designed to quantify the presence of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T (Table 1). For this, the 16S rRNA gene sequence of reference strains was obtained from the NCBI (National Center for Biotechnology Information) databased and used for a sequence alignment using PHYDE software (Phylogenetic Data Editor). Primer sequences of 18–22 nucleotides were selected; the Guanine/Cytosine content and the annealing temperature were verified by means of Oligocalculator software, as well as the quality and specificity by Primer-BLAST simulator. For final verification, a PCR reaction with DNA obtained from each species was carried out under the determined conditions and the resulting PCR product checked on a 1% agarose gel (see Supplementary Figure S2 in Supplementary Material).



TABLE 1. Designed primers for the quantification by qPCR of bacterial species of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T.
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Using the designed primers (Table 1), a standard threshold cycle curve (Ct) (10−2–10−8) was constructed regarding the number of gene copies (Hedrich et al., 2016). All tests were performed in triplicate in a real-time PCR equipment (AriaMX, Agilent Technologies, Santa Clara, CA, United States). Reactions were performed in a total volume of 10μl containing 5μl of Brilliant II SYBR Green qPCR Master Mix, 2.7μl of double distilled water, 0.4μl of each primer, 0.5μl of BSA, and 1μl of DNA sample. The conditions of each cycle were initial denaturation at 95°C for 10min, 40 amplification cycles consisting of denaturation at 95°C for 15s and alignment for 1min at 60°C. The melting curve was constructed after reaching the qPCR runs using the following parameters: a cycle of 95°C for 30s and 72°C for 1min followed by increasing the temperature up to 95°C in 0.3°C increments. The efficiency of the amplification was verified for the precision of the tests, and it was determined by calculating the variation in the Ct values in the replicated samples and their SD.



Effect of the Consortia Characteristics on the Solubilization of a Polymetallic Mineral Concentrate

Biooxidation test were developed in 250-ml Erlenmeyer flasks containing Kim medium with 2% w/v of previously sterilized mineral. All the conditions established for the attachment tests of the microbial consortia of the species L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T previously adapted to D-galactose were tested, being inoculated with a total of 1·108 cells·ml−1 in the cells proportion previously defined (50:50; 30:70, and 30:70). In the experiments with pre-colonization, the inoculum for each microorganism was 5·107 cells·ml−1. The biooxidation tests were made in batch cultures during 15days at 30°C and 180rpm with an initial pH of 1.8. All experiences were contrasted with cells non-adapted to D-galactose that serving as a control and were carried out under the same conditions. The tests were considered concluded when the concentration of Fe3+ stopped increasing. In addition, pH and cell number were measured, and the volumetric productivity (Qp) was determined according to Saavedra et al. (2020).



Analytical Methods

The total number of planktonic cells was quantified by direct counting in a Neubauer chamber (depth of 0.02mm) using a phase-contrast microscope (BA410, Motic, Hong Kong, China). The concentration of ferrous iron and total iron was determined by the ferrozine method (Lovley and Phillips, 1987) and sulfate content by turbidimetry (Bernal, 1980).




RESULTS


Adaptation of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T at Different Concentrations of D-Galactose

The growth kinetics of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T were evaluated at different concentrations of D-galactose. Figure 1 resumes the kinetic parameters obtained.
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FIGURE 1. Parameters obtained in the cultures of Acidithiobacillus thiooxidans DSM 14887T (diagonal lines) and Leptospirillum ferrooxidans DSM 2705T (horizontal lines) adapted to different concentrations of D-galactose. (A) Maximum specific growth rate (μmax). (B) Yield of biomass (YX/S). (C) EPS content (mg of EPS by g of DW cells). The data correspond to the mean values of triplicates±SD (n=6).


Acidithiobacillus thiooxidans DSM 14887T adapted to D-galactose showed a little variation in the maximum specific growth rate at different conditions. The culture without D-galactose (control) and the one with cells adapted to 0.15% of D-galactose are similar and slightly higher compared to the rest of the conditions (Figure 1A). A decrease in pH was also observed during the sulfur oxidation process, thus reaching values of 1.2 (data not shown) resulting from the formation of H2SO4. The highest biomass yield was obtained for the culture without D-galactose (Figure 1B).

Regarding L. ferrooxidans DSM 2705T, a higher specific growth rate is also observed in the culture without D-galactose and the culture using cells adapted to 0.15% D-galactose, which are also slightly higher than the values obtained in cultures with cells adapted to 0.25 and 0.35% of D-galactose (Figure 1A). Substrate depletion occurred at approximately 40h for most of the cultures run with adapted cells to D-galactose, except for the case of 0.35%, which continued to grow until approximately 48h.

When the EPS content of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T adapted to D-galactose was compared, both strains exhibited similar behavior, since the highest concentration of EPS was obtained with both cells adapted to 0.25% of D-galactose (Figure 1C). Leptospirillum ferrooxidans DSM 2705T achieved a content of eight times more EPS than At. thiooxidans DSM 14887T. In both strains, the culture run without D-galactose produced very little EPS, reaching a total of 30.3 and 44.6mg·g−1 of dry weight (DW) cell for At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively.



Microbial Attachment to the Mineral of the Consortia in Proportion 50:50 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, Respectively

By mixing equal number of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, an inoculum was obtained to start the control culture (non-adapted cells) and the culture with adapted cells to D-galactose. In the case of adapted cells, At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T were adapted to 0.15 and 0.25% of D-galactose, respectively. These conditions were selected, because they were the cells that showed the highest attachment percentage as pure cultures (Aguirre et al., 2017, 2018). Figure 2A shows the percentage of attached cells over time for At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T when the consortia were formed in proportion of 50:50 of each species (5·107 cells·ml−1 for each strain), both for adapted and non-adapted microorganisms to D-galactose.
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FIGURE 2. Attachment percentage to the mineral over time for the consortium in proportion 50:50 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively. (A) Data obtained by qPCR. (B) Data obtained by counting total planktonic cells using a Neubauer chamber. The data correspond to the mean values of triplicates±SD (n=6).


In the case of the consortium previously adapted to D-galactose, both species showed an attachment percentage greater than 90% after 60min. On the other hand, in the consortium of non-adapted cells, the attachment of L. ferrooxidans DSM 2705T did not exceed 80% in the first hour of the assay; as for the At. thiooxidans DSM 148876T, it achieved approximately 90% attachment. After 60min, the microorganisms in both consortia slowly dissociated from the mineral, obtaining final attachments (after 7h) ranging from 60 to 84% for both strains in the consortia adapted and non-adapted to D-galactose, respectively. In Figure 2B, a high number of total attached cells to the mineral was observed for the two species that form both consortia (control without adaptation and with previous adaptation to D-galactose). In the case of the control, the attachment percentage reached 87% in the first hour of the experiment, while for the consortium precultured with D-galactose, the attachment percentage was 91% at the same time. After 7h, the cultures with both type of consortia showed an attachment percentage of less than 80%.



Microbial Attachment to the Mineral of the Consortia Containing a Proportion of 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, Respectively

Figure 3 shows the variation in the percentage of attached cells over time for L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T, when the inoculum concentration was in proportion of 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively, as for the control (non-adapted cells) and the consortium adapted to D-galactose.
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FIGURE 3. Attachment percentage to the mineral over time for the consortium in proportion 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively. (A) Data obtained by qPCR. (B) Data obtained by counting of total planktonic cells using a Neubauer chamber. The data correspond to the mean values of triplicates±SD (n=6).


For L. ferrooxidans DSM 2705T, the adaptation to D-galactose has a greater influence on attachment to the mineral, since the attachment percentage exceeds 70% for this strain during the first hour of the experiment (Figure 3A). On the other hand, with At. thiooxidans DSM 14887T, an opposite behavior is observed. The highest attachment percentage to the mineral occurs in the control culture (non-adapted cells), reaching 69% in the first hour (Figure 3A). After 7h, the attachment percentage of both species is lower, reaching 15 and 30% for the control and adapted At. thiooxidans DSM 14887T, respectively, while for L. ferrooxidans DSM 2705T were obtained 20 and 23% for the control and the adapted, respectively. Figure 3B shows the total attachment percentage of the consortia obtained by counting planktonic cells. It can be observed that during the first hour of the experiment, approximately 80% of the microorganisms were attached to the mineral with respect to the total number of cells inoculated at the start of the experiment (1·108 cells·ml−1). Subsequently, the trend of the consortium was like that observed by qPCR, where a decrease in the attachment percentage was observed until it stabilized at approximately 50%.



Microbial Attachment to the Mineral of the Consortia Containing a Proportion of 30:70 At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, Respectively

Figure 4 shows the variation in the attachment percentage over time of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T, when the inoculum concentration was in proportion of 30:70 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively, as for the control (non-adapted cells) and the consortium adapted to D-galactose.
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FIGURE 4. Attachment percentage to the mineral over time for the consortium in proportion of 30:70 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively. (A) Data obtained by qPCR. (B) Data obtained by counting of total planktonic cells using a Neubauer chamber. The data correspond to the mean values of triplicates±SD (n=6).


In the consortium adapted to D-galactose, L. ferrooxidans DSM 2705T had a higher attachment percentage (85%) with respect to At. thiooxidans DSM 14887T, which only reaches 42%. For the control, the trend was similar; however, the attachment percentage was lower for both species, reaching approximately 67% for L. ferrooxidans DSM 2705T and 30% for At. thiooxidans DSM 14887T. Figure 4B shows the total attachment percentage calculated as difference of initial total cells and the remaining planktonic cells. It is observed that approximately 83% of the total cells attach to the mineral when the consortium was adapted to D-galactose, while the control achieved approximately 70% of attachment cells, based on the total cells inoculated at the beginning of the assay (1·108 cells·ml−1).



Microbial Attachment of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T to Mineral Pre-colonized With L. ferrooxidans DSM 2705T

Figure 5 shows the variation of the attachment percentage over time of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T to the mineral pre-colonized with L. ferrooxidans DSM 2705T, for the consortia of non-adapted and adapted cells to D-galactose.
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FIGURE 5. Attachment percentage to the mineral over time of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 2705T using L. ferrooxidans DSM 2705T as a pre-colonizer. (A) Data obtained by qPCR. (B) Data obtained by counting total planktonic cells using a Neubauer chamber. Measurements after 1, 60, 61, 91, and 181min of inoculation of the first species. The data correspond to the mean values of triplicates±SD (n=6).


After 60min, L. ferrooxidans DSM 2705T reached a higher attachment percentage (88%) when the consortia were adapted, while the control only reached 71% (Figure 5A). After 61min, when the second species (At. thiooxidans DSM 14887T) was added, the attachment percentage of L. ferrooxidans DSM 2705T decreased drastically, both in the control and in the consortium adapted to D-galactose. After 181min, the cells of non-adapted consortium had almost completely dissociated from the mineral, while cells of the adapted consortium remained attached at almost the same percentage as after the inoculation of At. thiooxidans DSM 14887T.

On the other hand, for At. thiooxidans DSM 14887T in the non-adapted consortium, the attachment percentage increased from 35 to 70% after 30min from their inoculation (91min); then, it decreased until reaching 60% at the end of the experience. In the case of the consortia adapted to D-galactose, the attachment percentage was low throughout the experiment; the observed trend was quite similar, but the maximum attachment percentage only reached 24% at 91min.

Figure 5B shows the microbial attachment of total cells adapted and non-adapted to D-galactose acting L. ferrooxidans DSM 2705T as a pre-colonizer. After 60min of incubation, a similar attachment percentage was observed compared with the results obtained by qPCR. At minute 61, when the second species (At. thiooxidans DSM 14887T) was added, it was observed that the global attachment percentage of the culture decreased, being greater for the consortium adapted to D-galactose. After 7h of culture, it was possible to maintain 40% of the attachment.



Microbial Attachment of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T to Mineral Pre-colonized With At. thiooxidans DSM 14887T

Figure 6 shows the variation of the attachment percentage over time of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T to mineral pre-colonized with At. thiooxidans DSM 14887T, for the consortia non-adapted and adapted to D-galactose.
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FIGURE 6. Attachment percentage to the mineral over time of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 2705T using At. thiooxidans DSM 2705T as a pre-colonizer. (A) Data obtained by qPCR. (B) Data obtained by counting total planktonic cells using a Neubauer chamber. Measurements after 1, 60, 61, 91, and 181min of inoculation of the first species. The data correspond to the mean values of triplicates±SD (n=6).


At minute 61, after inoculating At. thiooxidans DSM 14887T, the attachment percentage of L. ferrooxidans DSM 2705T was much higher in the consortium adapted to D-galactose than in the control, which only reached 13% (Figure 6A). The highest attachment percentage was observed at 91min after having inoculated the first species (At. thiooxidans DSM 14887T), reaching 83 and 96% of attachment for the control culture and the previously adapted, respectively. Finally, at 181min, it was observed that L. ferrooxidans DSM 2705T detached itself from the mineral; this phenomenon was more marked for the control.

In the case of At. thiooxidans DSM 14887T, an attachment percentage of approximately 90% was obtained during the first 60min for the consortium adapted to D-galactose, which contrasts with the control that only achieved 40% of attachment (Figure 6A). At 61min, when L. ferrooxidans DSM 2705T had been introduced, At. thiooxidans DSM 14887T began to detach. This behavior was similar in the case of the adapted consortium and in the control with cells non-adapted to D-galactose.

Figure 6B shows attachment of total cells for the consortia of non-adapted and adapted cells to D-galactose using At. thiooxidans DSM 14887T as a pre-colonizer. Up to minute 60, where only At. thiooxidans DSM 14887T was present, the percentage of microbial attachment was like the results obtained from qPCR. At minute 61, when the second species (L. ferrooxidans DSM 2705T) had been added, the trend of the consortium changed slightly, obtaining a higher attachment percentage with respect to the cultures where the pre-colonizer was L. ferrooxidans DSM 2705T.



Comparison of Attachment Percentage of the Consortia on the Surface of the Mineral Particles

It was also determined how to distribute the consortia on the surface of the mineral particles. Figure 7 shows the percentage of attached cells of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T with respect to the total cells attached to the mineral particles determined by qPCR.
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FIGURE 7. Attachment percentage of the species At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T on the surface of the mineral particles over time. (A) Consortia in proportion 50:50 of each specie. (B) Consortia in proportion 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively. (C) Consortia in proportion 30:70 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively. At. thiooxidans DSM 14887T (diagonal lines) and L. ferrooxidans DSM 2705T (horizontal lines). White Bars represent the control. Color Bars represent consortia adapted to D-galactose. The data correspond to the mean values of triplicates±SD (n=6).


According to Figure 7, the content of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T was close to 50% in the consortium in proportion 50:50 of both species (Figure 7A). However, the amount of L. ferrooxidans DSM 2705T increased in all consortia adapted to D-galactose, even in the consortium formed in a proportion of 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively, (Figure 7B). The highest percentage of the attached cells to mineral of At. thiooxidans DSM 14887T was observed in the control consortium 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T.

In the same way, it was also determined from the total number of attached cells of the consortia to the mineral how much corresponds to each species. Figure 8 shows the percentage of attached cells of each species (At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T), with respect to the total cells attached to the mineral particles determined by qPCR using one species as pre-colonizer.
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FIGURE 8. Attachment percentage of the species At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T on the surface of the mineral particles determined in the time. (A) Using L. ferrooxidans DSM 2705T as a pre-colonizer. (B) Using At. thiooxidans DSM 2705T as a pre-colonizer. Measurements at 61, 91, and 181min from the inoculation of the first species. At. thiooxidans DSM 14887T (diagonal lines) and L. ferrooxidans DSM 2705T (horizontal lines). White Bars represent the control. Color Bars represent consortia adapted to D-galactose. The data correspond to the mean values of triplicates±SD (n=6).


The content of L. ferrooxidans DSM 2705T was in higher percentage in all consortia, mainly in which this microorganism acted like a pre-colonizer. The highest percentage of attached cells to mineral of At. thiooxidans DSM 14887T was observed in the non-adapted to D-galactose consortium where this microorganism was used as pre-colonizer.



Effect of the Consortia Characteristics on the Biooxidation of a Polymetallic Mineral Concentrate

Table 2 shows pH variation and the overall volumetric productivity (Qp) in the biooxidation of a polymetallic mineral concentrate carried out by consortia of different characteristics. According to these results, the consortia of non-adapted cells to D-galactose presented the lowest pH variation, being the consortia in proportion of 30:70 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively, the combination that obtained the lowest differential with a ΔpH value of 0.12. On the other hand, the greater pH differential was observed in the consortia adapted to D-galactose, especially in the proportion of 50:50 of both species. ΔpH value was 0.38, reaching pH of 1.4 at the time in which biooxidation tests were completed. At the same time, this consortium registered a maximum level of 9.7mgL−1 h−1 of overall volumetric productivity of Fe3+. On the other hand, the one with the lowest overall volumetric productivity of Fe3+ was the consortium formed by L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T non-adapted to D-galactose, using At. thiooxidans as a pre-colonizer, after a period of 15days of biooxidation.



TABLE 2. pH variation and overall volumetric productivities of the different consortia formed by the species At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T.
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The overall volumetric productivity of SO42− was low in consortia where the proportion of A. thiooxidans DSM 14887T was lower, such was the case of the consortium formed in proportion of 30:70 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T non-adapted to D-galactose. In the same way, the highest overall volumetric productivity of SO42− occurred in the consortium formed in proportion 50:50 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T adapted to D-galactose with a value of 11.7mgL−1 h−1 after 15days of biooxidation.




DISCUSSION

The tests carried out with mixed cultures of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T indicate that the combination of strains influences the binding capacity of each one on sulfide minerals. The results indicate that in most of the combinations of L. ferrooxidans DSM 2705T and At. thiooxidans DSM 14887T, bacteria mutually influence the mineral binding capacity, while the use of inducers of EPS synthesis, in this case D-galactose, has a potentiating effect on this binding. Similar results were obtained by other authors using different inducers like UVA radiation which promoted the formation of EPS and cell attachment (Amar et al., 2021).

In the case of L. ferrooxidans DSM 2705T when combined with At. thiooxidans DSM 14887T, the binding to sulfides is lower compared to pure cultures, which reach an attachment percentage greater than 90% (Aguirre et al., 2018). However, the attachment of At. thiooxidans DSM 14887T tends to increase in other combinations. Thus, for example, At. thiooxidans DSM 14887T was the strain with the highest attachment percentage in the consortium with proportion 50:50 and showed the highest attachment in the consortium with proportion 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively. When used as a pre-colonizer, L. ferrooxidans DSM 2705T showed reduced overall attachment capacity in mixed cultures compared to pure cultures. The results suggest that At. thiooxidans DSM 14887T attach faster and in greater proportion to the mineral when it is previously adapted to D-galactose. For all cases, it is important to highlight that the moment with the highest attachment percentage occurred in the first hour of the test and then declined over time.

With respect to the variation of the attachment percentage over time with different proportions of each species, when the microbial consortium was tested in a proportion of 70:30 of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T (Figure 3A) showed a high attachment percentage of the first species, without neglecting that the second one had an attachment percentage of 70±5.7% when the consortium was previously adapted to D-galactose. As for the control, both species follow the same trend; however, the attachment percentage in general is lower. Respect to the attachment percentage of At. thiooxidans DSM 14887T, it seems that when this species is initially present in a greater number of cells and forming a thin layer of biofilm, this would allow that the other species to easily attach to the mineral, without having a greater impediment to the attachment of L. ferrooxidans DSM 2705T. On the other hand, when the proportion of At. thiooxidans DSM 14887T is lower (Figure 4A), it seems that L. ferrooxidans DSM 2705T occupies almost all the active sites of the mineral; in addition, having a greater amount of EPS (Figure 1C), it prevents At. thiooxidans DSM 14887T of occupying available active sites for its attachment (Florian et al., 2010; Florian, 2012). Likewise, it is known the existence of a secretion of microbial lipids called surfactant microbial compounds (SAC) that are involved in the alteration of hydrophobic surfaces. SACs secreted by bacteria into the surrounding media may be responsible for a microbially created conditioning film at an interface (Neu, 1996; Zhang et al., 2015; Castro et al., 2016). One of the first examples was reported for a species of Acidithiobacillus spp.; some compounds of this surface may be involved in the initial stages of attachment to hydrophobic surfaces (Jones and Starkey, 1961; Georgiou et al., 1992; Chandrawati and Shagufta, 2007). The presence of microbial surfactant compounds can also inhibit bacterial attachment to solid surfaces. Another cause for the decreased attachment of at least one of the strains may be competition for attractive (usable) surface areas by bacteria.

Regarding the attachment percentage of total cells when the proportion of each species is varied (Figures 2B, 3B, 4B), it is important to remark that the consortium adapted to D-galactose with a 50:50 proportion presents a higher attachment percentage compared to consortium non-adapted to D-galactose. The tests also show a similar trend to those carried out using qPCR, accounting for the behavior of the microbial species. It is interesting to highlight that the maximum attachment percentage developed up to 2h test; after such point, it slowly began to decrease.

There are studies in which the importance of EPS has been demonstrated for microbial attachment to sulfide minerals; however, little is known about the interactions generated among various species and their EPS on attachment to minerals sulfides and in turn the effect it can have on the biooxidation of sulfides. From the tests using pre-colonization with non-adapted and adapted cells, a behavior like those described in the previous cases was observed with respect to the attachment percentage of a consortium. Thus, for example, in Figure 5, it is observed that L. ferrooxidans DSM 2705T when used as a pre-colonizer after 1h of incubation, its attachment percentage is over 70±1% for the control and 90±3.25% for the consortium adapted to D-galactose, results that agree with the previously discussed pure culture data (Florian et al., 2010; Florian, 2012; Aguirre et al., 2018).

When pre-colonization started with At. thiooxidans DSM 14887T, a similar behavior of this species was observed after 1h of incubation of non-adapted and adapted to D-galactose consortium. After minute 61, when the second species was inoculated, their attachment percentage decreased. In this case, the attachment percentage of L. ferrooxidans DSM 2705T was higher in non-adapted and adapted to D-galactose consortium, the last one being higher than the control. Apparently, the forces involved in the EPS of At. thiooxidans DSM 14887T are weak. In addition, the amount of EPS formed was much lower compared with L. ferrooxidans DSM 2705T (Gilbert et al., 1993).

In the same way, the amount of each microorganism attached to the mineral particles was investigated in function of the total amount of microorganisms that only were attached to the mineral (Figure 7). When the strains are in a 50:50 ratio of each species, At. thiooxidans DSM 14887T achieves a higher attachment with respect to L. ferrooxidans DSM 2705T in the control; however, when they are previously adapted to D-galactose, the attachment of At. thiooxidans DSM 14887T decreases, while that of L. ferrooxidans DSM 2705T increases.

This phenomenon can be explained since in the consortium formed in a 50:50 ratio of each species, the amount of L. ferrooxidans DSM 2705T cells with EPS was lower compared to the consortium previously adapted to D-galactose, whose amount of microorganism with EPS was much greater, occupying most of the active sites of the mineral. Additionally, a strong EPS formation has already been described in case of atomic force microscopy (AFM) and epifluorescent microscopic (EFM) studies of Leptospirillum spp. (Noël, 2010; Florian et al., 2011; Florian, 2012). These results are agreed with Liu et al. (2016) who tested a binary mixture of Leptospirillum ferriphilum and Acidithiobacillus showed the same proportion that each represented 50% at final equilibrium stage. L. ferriphilum and At. caldus can attach on chalcopyrite simultaneously and performed mutual non-interference in their adsorption to chalcopyrite. The high proportion of L. ferriphilum at firstly stage was due to the higher affinity and EPS, which benefited the preferential attachment of L. ferriphilum.

Likewise, when the microorganisms are in the consortium in a 70:30 ratio of At. thiooxidans DSM 14887T and L. ferrooxidans DSM 2705T, respectively, in the control is observed that the predominant species is At. thiooxidans DSM 14887T. In the consortium in the same proportion (70:30) but adapted to D-galactose, it can be observed that the species with the highest attachment is L. ferrooxidans DSM 2705T. Finally, when the proportion of the consortium is reversed, both the control and the one previously adapted to D-galactose a high attachment of L. ferrooxidans DSM 2705T is observed.

In the case of consortia using pre-colonizer (Figure 8), similar phenomena happened. There was more attachment percentage of L. ferrooxidans DSM 2705T when it was used as pre-colonizer. In the other hand, when At. thiooxidans DSM 14887T was used as pre-colonizer, and once L. ferrooxidans was inoculated, it started to predominate and displaced At. thiooxidans DSM 14887T, also reaching a high attachment percentage to the mineral surface. Again, this behavior can be explained because of the higher amount of its cells EPS and probably stickier than the EPS of At. thiooxidans DSM 14887T.

On the other hand, bacterial oxidation of mineral sulfides is a process that is influenced by several factors, such as temperature, pH, availability of O2 and CO2, the presence of toxic compounds, microbial species, among others. Hence, all the consortia previously established to carry out the attachment tests were investigated as biooxidant agents. It is known that bacterial attachment is important for biooxidation processes, affecting the efficiency of dissolution of sulfur minerals. According to Makaula et al. (2020) is recognized that the effective colonization of the mineral ore bed for heap bioleaching impacts both the start-up time of the heap and its performance.

Table 2 shows the pH differential due to its decrease during the biooxidation process of the concentrate of polymetallic sulfide mineral. It should be noted that these results represent an indirect measure of the oxidation of the minerals, since it is indicative that H2SO4 was generated as a product. The highest pH differential occurs when both species are in a proportion of 50:50 and when At. thiooxidans DSM 14887T is used as a pre-colonizer, either for non-adapted or for adapted to D-galactose consortium. On the other hand, the high overall volumetric productivity of Fe3+ was determined with consortium previously adapted to D-galactose in proportion 50:50 of each species, that is, those with the highest content of both species. It should also be noted that the high concentrations of Fe3+ at the beginning of the biooxidation could have influenced the process, since this consortium probably accumulated a greater amount of iron within their EPS, which in turn allowed them to have a greater dissolution of the minerals even with respect to controls without prior adaptation to D-galactose (Sand et al., 1995).

A careful analysis that combines the results of the adhesion tests and the biooxidation experiments of the sulfide minerals would provide more in-depth information that evidences a connection between the initial bacterial binding and the mineral solubilization, since the cultures that contained greater microbial attachment of both species adapted to D-galactose were those that provided a greater dissolution of sulfur minerals. The presence of EPS on the surface of bacteria and mineral plays an important role on bioleaching (Fang et al., 2021; Ye et al., 2021).



CONCLUSION

The proportion of the species and the inoculation order of the strains in the consortium together with the EPS induction with D-galactose affected the cellular attachment percentage to the mineral. The highest attachment percentage of the microbial community was obtained when L. ferrooxidans DSM2705T and At. thiooxidans DSM 14887T were inoculated in a proportion 50:50 simultaneously and previously adapted to D-galactose. Given the high amounts of EPS in planktonic cells of the acidophilic microorganisms studied, there was an increase in the microbial attachment percentage, which would make possible to accelerate the biooxidation of sulfides minerals.

The proportion of the species and the order of inoculation of the microbial consortium influenced the biooxidation of a polymetallic mineral concentrate, obtaining the highest volumetric productivity of iron and sulfate when L. ferrooxidans DSM2705T and At. thiooxidans DSM 14887T were inoculated in a proportion of 50:50 simultaneously and previously adapted to D-galactose. Is important consider that better volumetric productivities values (ferric and sulfate) were obtained when both species were inoculated simultaneously, mainly for Fe3+, and when the attachment cell percentage to the mineral particles was closer. In the case of sulfate, high volumetric productivity values occurred with consortia adapted and non-adapted to D-galactose, meaning a certain independence on the amount of accumulated EPS.
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The microbial community of acid mine drainage (AMD) fascinates researchers by their adaption and roles in shaping the environment. Molecular surveys have recently helped to enhance the understanding of the distribution, adaption strategy, and ecological function of microbial communities in extreme AMD environments. However, the interactions between the environment and microbial community of extremely acidic AMD (pH <3) from different mining areas kept unanswered questions. Here, we measured physicochemical parameters and profiled the microbial community of AMD collected from four mining areas with different mineral types to provide a better understanding of biogeochemical processes within the extremely acidic water environment. The prominent physicochemical differences across the four mining areas were in SO42−, metal ions, and temperature, and distinct microbial diversity and community assemblages were also discovered in these areas. Mg2+ and SO42− were the predominant factors determining the microbial structure and prevalence of dominant taxa in AMD. Leptospirillum, Ferroplasma, and Acidithiobacillus were abundant but showed different occurrence patterns in AMD from different mining areas. More diverse communities and functional redundancy were identified in AMD of polymetallic mining areas compared with AMD of copper mining areas. Functional prediction revealed iron, sulfur, nitrogen, and carbon metabolisms driven by microorganisms were significantly correlated with Mg2+ and SO42−, Ca2+, temperature, and Fe2+, which distinguish microbial communities of copper mine AMD from that of polymetallic mine AMD. In summary, microbial diversity, composition, and metabolic potential were mainly shaped by Mg2+ and SO42− concentrations of AMD, suggesting that the substrate concentrations may contribute to the distinct microbiological profiles of AMD from different mining areas. These findings highlight the microbial community structure in extremely acidic AMD forming by types of minerals and the interactions of physicochemical parameters and microbiology, providing more clues of the microbial ecological function and adaptation mechanisms in the extremely acidic environment.

Keywords: acid mine drainage, mineralogy, microbial diversity, co-occurrence, biogeochemical function potential


INTRODUCTION

Acid mine drainage (AMD), or acid rock drainage, is a natural or man-made extremely acidic environment formed by spontaneous oxidation of pyrite and other sulfide minerals in contact with oxygen and water (Simate and Ndlovu, 2014). The generation of AMD is usually accelerated with the participation of microorganisms (Pronk and Johnson, 1992; Johnson et al., 1993). AMD is strongly acidic, rich in sulfur, and has a high concentration of metals, which can contaminate the peripheral and groundwater environment and cause serious pollution problems (Akcil and Koldas, 2006; Carlier et al., 2020; Pakostova et al., 2020).

Microorganisms and their metabolism in AMD have attracted much attention in recent years (Johnson, 2012; Gao et al., 2020; Liang et al., 2020). The relatively simple community structure of AMD means it serves as a model system for studying the evolution and adaption of microorganisms and their abilities to shape the environment (Li et al., 2014). AMD can also provide clues for the study of the origin of life and ancient microbial communities similar to its ecology (Amils et al., 2011; Havig et al., 2017). Culture-dependent and culture-independent microbial community analysis methods have been widely used in the study of AMD, generating data on AMD microbial diversity, community function, and the interactions between microbes and the environment (Kuang et al., 2013; Hua et al., 2015; Huang et al., 2016).

The microbial diversity of AMD is far less than that of other environments, yet some microbes thrive in the harsh AMD environment (Gupta et al., 2019; Johnson and Quatrini, 2020). Culture-dependent analysis indicated that the isolated iron- and sulfur-oxidizing bacteria Acidithiobacillus and the iron-oxidizing bacteria Leptospirillum are instrumental in the dissolution of sulfide minerals and the formation of AMD. The rapid development of high-throughput next-generation sequencing technologies and advanced bioinformatics tools have revealed rare taxa and unknown groups which were previously overlooked, including Micrachaeota and Parvarchaeota (Chen et al., 2018), which are members of Archaeal Richmond Mine Acidophilic Nanoorganisms (ARMAN; Krause et al., 2017). These studies enhanced knowledge of the diversity of microorganisms present in extremely acidic environments and uncovered the environmental distribution, adaption, and function of such microorganisms in the generation of AMD. The effects of physicochemical factors on the diversity and composition of the microbial community in these extremely acidic environments have been discussed and how extremophilic microorganisms respond to environmental variations have been further explored. The factor contributing most to structuring AMD microbial communities was reported to be pH despite the long-distance separation and variation of substrate types (Kuang et al., 2013; Liu et al., 2014). However, the pH values of AMD in these studies were in a wide range (from pH 0.5 to 7.3). Consequently, further exploration of the influences of environmental variables on microbial diversity of extremely acidic AMD (0<pH<3) is required. As we know, there is a complex relationship between the physicochemical factors and the microbiology of the mineral environment. Some indigenous bacteria and archaea could oxidize the specific ores to generate SO42− and release metal ions; pH was reduced at the same time. Therefore, mineral type should also be considered as a factor that shapes the AMD microbial community. Some studies suggested that environmental heterogeneity in the AMD environment might have a significant influence on the microbial communities present (Amaral Zettler et al., 2011; Liu et al., 2014). Microbial community structure was driven by the chemical composition of minerals, indicating the selective pressure of the chemical elements on microbial populations (Gleeson et al., 2006). Specific microbial communities were recruited on the surface of minerals according to mineral physicochemical properties and acted as metabolically active members in the process of formation or dissolution of minerals (Kelly et al., 2016; Valdespino Castillo et al., 2018). Furthermore, carbon content varies on the surface of different minerals (Fortin et al., 2000) and thus might have a decisive effect on the survival of microorganisms. In this study, AMD samples from four mining areas in southern China and Myanmar with different mineral types were collected and characterized on physicochemical factors microbial diversity and community structure in the samples. The detailed site descriptions are as following: (1) Zijinshan (ZJS) copper mine (116.38 N, 25.19 E) was one of the largest refractory low-grade Cu ore, mainly contained chalcocite, chalcopyrite, enargite, and covellite, with pyrite as associated minerals (Liu et al., 2016). (2) Monywa (MYW) copper mine (95.1 N, 22.1 E) has been operated for about 23years with a process of multi-lift heap leaching; the main mineral of MYW is chalcocite (average Cu grade of 0.33%; Jia et al., 2016). (3) Bainiuchang polymetallic mine (MZ; 103.46 N, 23.28 E) is an important part of the Sn polymetallic ore belt in South China. The orebodies of the area are clastic-carbonate rocks which contain abundant mineral elements of Zn, Pb, Cu, Ag, and Sb, combining with sulfur (Liu et al., 2007). (4) Dabaoshan (DBS) polymetallic mine (113.72 N, 24.52 E) is a large-scale and open-pit polymetallic mineral deposit in South China (Zhang et al., 2019). The upper of the main ore body is mainly composed of limonite, while the lower body appears to be metal sulfide ores and associated bismuth, tungsten, molybdenum, gold, and silver metal ores (Wan et al., 2009). The main geochemical factors affecting the community structures were elucidated, and how the microbial populations were influenced by these factors was examined. Co-occurrence relationships between archaeal and bacterial, core and rare, and autotrophic and heterotrophic groups were explored for the different mining areas, and niche divisions dominated by contributing factors were further investigated. Prediction of biogeochemical cycles driven by microorganisms was performed, aiming to obtain a more comprehensive understanding of the ecological function of microbial assemblages and their essential roles in the formation of AMD.



MATERIALS AND METHODS


Study Site, Sample Collection, and Physicochemical Analyses

A total of 24 AMD water samples with different mineralogy were collected from four mining areas; the detailed information of sampling locations is provided in Supplementary Table 1. Nine water samples named ZJA11, ZJA12, ZJA13, ZJA21, ZJA22, ZJA23, ZJA31, ZJA32, and ZJA33 were collected from AMD collection pond A1, A2, and A3 of the heap bioleaching area of ZJS copper mine in Shanghang, Fujian Province, in October 2018. The three acid mine water wells had a continuously high-temperature inflow (about 40°C). Three extremely acidic water samples (approximate pH 0.7), MYW1, MYW2, and MYW3, were collected from the MYW copper mine in Myanmar. Six AMD samples, named BD1, BD2, and BD3, and CD1, CD2, and CD3, were collected from two naturally formed acid mine water pits in the Bainiuchang polymetallic mining area (MZ) in Mengzi City, Yunnan Province, in September 2017. Six water samples, C1W, C3W, C4W, C5W, C6W, and C9W, were collected from water pits C1, C3, C4, C5, C6, and C9 in the DBS polymetallic mine in Guangdong Province in October 2018. The temperature, pH, and conductivity of each sampling point were measured by a portable water quality multi-parameter meter (Star A329, Thermo Orion, United States). Iron (Fe2+, Fe3+) and SO42− concentration were determined using a portable colorimeter (DR/890, HACH, United States) based on the o-phenanthroline spectrophotometry (Environmental Protection Industry Standard of China, HJ/T 345-2007) and turbidimetric method, respectively. Approximately 10ml water samples were digested by solution composed of nitric acid and hydrochloric acid (8:4v/v) using a microwave digestion instrument (TOPwave, Analytik Jena, Germany) and heated on an electric hot plate to remove the acid. After diluting to an appropriate concentration, the solution was loaded onto an inductively coupled plasma-optical emission spectrometry (ICP-OES) analyzer (Optima 5300 DV, PerkinElmer, United States) to determine element contents. Hierarchical clustering was used to determine the similarity/dissimilarity of the physicochemical parameters of the samples, and Principal Component Analysis (PCA) was performed to retain the most important environmental factors using R 3.6.3 software package vegan (Dixon, 2003), FactoMineR (Lê et al., 2008), and factoextra.



DNA Extraction and 16S rRNA Gene Amplicon Sequencing

For DNA extraction, water samples were filtered through a sterile microporous filter membrane (PES, Φ47–50mm, 0.22μm, PALL, United States) using a solvent filter and a vacuum pump. Genomic DNA was extracted from the filters by following the manual of the PowerMax Soil DNA Isolation Kit (Qiagen, United States). The DNA was dissolved in tris hydrochloric acid buffer (pH 8.0) and frozen at −20°C. The V4–V5 region of the 16S rRNA gene of almost all Bacteria and Archaea in the samples was amplified using the primer set 515F (5'-GTGYCAGCMGCCGCGGTAA-3') and 926R (5'-CCGYCAATTYMTTTRAGTTT-3'). PCR reactions were performed using KAPA HiFi HotStart ReadyMix (KAPA, Woburn, MA, United States) with amplification conditions comprising a pre-denaturation step at 95°C for 3min, then 25 cycles of denaturation at 98°C for 20s, annealing at 55°C for 15s, and extension at 72°C for 15s, followed by a final extension at 72°C for 1min. The resulting PCR products were purified by gel electrophoresis, the DNA concentration was determined by Qubit fluorometer (Qubit4, ThermoFisher Scientific, United States), and the sequencing adapter was connected to complete the library construction. Sequencing of 16S rRNA gene amplicons was carried out on an Illumina MiSeq PE250 platform by Beijing Boaohuijiu Biotechnology Co., Ltd.



Processing of Pyrosequencing Data and Statistical Analysis

Clean sequencing reads of each sample were obtained by dividing datasets into subsets according to the sample tags. Single-ended sequences were merged using USEARCH v11, and primers were trimmed using Cutadapt v2.3 (Edgar, 2010; Martin, 2011). After removing low-quality sequences and chimeric and filtering singletons, high-quality reads were denoised to obtain zero-radius operational taxonomic units (zOTUs) using USEARCH v11. In Qiime 2, the primer set 515F/926R was used to train the RDP species classifier (Bolyen et al., 2019). Taxonomic classification was performed against the Silva 138 16S rRNA gene database (December 2019 release). Data transformation and manipulation were performed using R packages phyloseq v1.28.0, microbiome v1.6.01 and microeco v0.3.4 (McMurdie and Holmes, 2013; Liu et al., 2021a). According to the annotation results, mitochondrial and chloroplast sequences were removed. To decipher the metabolic and ecologically relevant functions of the AMD microbial communities, taxon abundance profiles were converted and mapped into putative functional abundance profiles using FAPROTAX (Louca et al., 2016).

Community compositions at every taxonomic level were counted, and alpha diversity indexes of each sample were calculated. zOTUs with a relative abundance ≥1% were defined as abundant zOTUs and those with a relative abundance <0.01% were defined as rare zOTUs (Xue et al., 2020). Similarities and differences in communities were determined by principal coordinate analysis (PCoA) of Bray–Curtis distances obtained using vegan v2.5.6 (Dixon, 2003). The Mantel test was used to quantify the relationship between environmental factors and microbial assembly. Distance-based redundancy analysis (db-RDA) was conducted on core zOTUs and selected environmental parameters (SO42−, temperature, Fe2+, Mg2+, and Ca2+) to identify possible correlations between environmental gradients and community changes. Values of p for multiple comparisons were adjusted using the false discovery rate of the Benjamini–Hochberg method. All statistical analyses were performed using the R v3.6.3 software package.



Co-occurrence Network Construction

Microbial co-occurrence networks were constructed to characterize the microbial niches with different mineralogy. The correlation was calculated using the OTU that appeared in at least five samples and had more than 10 average sequences in the sample. SParse InversE Covariance estimation for Ecological Association and Statistical Inference (SPIEC-EASI) was performed and correlations with coefficients <0.3 were filtered (Kurtz et al., 2015). Positive correlations were exclusively focused on based on their mathematical interpretation and biological meaning. Global network properties were calculated to describe the topology using igraph packages in R (Csardi and Nepusz, 2006), and the networks were visualized using Gephi.




RESULTS


Physicochemical Profiles of AMD

The AMD samples collected from DBS, MZ, ZJS, and MYW were characterized by extremely low pH (0.7–2.59), high ferrous and ferric ion concentrations (ranging from 1.575 to 6,482mgL−1 and from 409.18 to 36,504mgL−1, respectively), and high sulfate concentration (1,721–161,220mgL−1; Supplementary Table 1). Dissolved metals including Al3+, Mg2+, Cu2+, and Mn2+ were also abundant in the samples with concentrations ranging between 40.58–12,346, 44.64–3,576, 45.66–1,923.2, and 15.24–1,229.6 mgL−1, respectively. Other metal species present in substantial amounts included Zn, As, B, and Cr. Ba, Cd, Li, Mo, Ni, Pb, and Sr were measured as trace elements (<5 mgL−1) in most of the AMD samples except for the high concentration of Ni (~33.45 mgL−1) in MYW1-3. All chemical parameters were analyzed and included in PCA analysis and Hierarchical Clustering (Figures 1A,B). Hierarchical clustering analysis showed that AMD samples were divided into two main groups according to physicochemical parameters. One cluster included all samples from the ZJS and MYW sites, which were both copper mines. Another cluster comprised most polymetallic mines samples from the MZ and DBS sites. Heatmap for the environmental factors of AMD confirmed that the cluster of all samples from the ZJS and MYW copper mines did differentiate from the cluster of MZ and DBS polymetallic mines (Figure 1B). Cluster 1 had higher concentrations of Fe3+, SO42−, Cu2+, and Zn2+ than cluster 2. PCA showed that the two clusters were significantly different from each other (Anosim, R=0.751, p=0.001; Figures 1A,C). PCA axes 1 explained 55.2% variance of samples, which was mainly contributed by SO42− and metals including V, Cr, Cu2+, and Fe3+ (Figure 1D). PCA axes 2 explained 19.2% variance, which was mainly contributed by temperature, Mg2+, Mo2+, and Fe2+ (Figure 1E). These results demonstrated that SO42−, metal ions, and temperature were the factors that contributed most to the variation of samples from the different mining areas.
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FIGURE 1. Differences in physicochemical properties of acid mine drainage (AMD) from different mining areas. (A) Principal components analysis of AMD samples. (B) Hierarchical clustering of samples based on all environmental factors (k=2, Euclidean distance and average clustering method was used) and heatmaps for important environmental factors. T represents temperature; units for ion concentrations are mgL−1. (C) Anosim analysis of differences between groups and within groups. Here, group means cluster generated by hierarchical clustering. Contribution of environmental variables to PCA1 (D) and PCA2 (E) of PCA analysis.




Community Composition and Microbial Diversity in AMD

Sequencing and data manipulation generated 611,447 quality sequences, with an average of 26,184 sequences and a range of 5,894–49,612 sequences per sample (samples with <5,000 sequences were filtered). A total of 184 zOTUs were obtained after denoising and filtering. Sample clustering based on microbial community composition also demonstrated that the AMD samples clustered together according to the mining areas (Figure 2). Comparative analysis of the alpha diversity index including Shannon, Simpson, Chao1, and Observed OTUs (Richness) revealed that samples of MZ, DBS, and ZJS had significantly higher microbial diversity than samples of MYW (Figure 2A). All of the alpha diversity indexes (with an average Shannon index score of 0.31 and Observed OTUs number of 7) indicated that microbial diversity was extremely low in AMDs of MYW. Although the Shannon and Simpson indexes were similar for MZ, DBS, and ZJS AMDs, MZ AMD had the highest observed OTUs and Chao1 indices, followed by DBS AMD, which means that microbial community richness was higher in MZ and DBS AMDs. Compositional similarities and dissimilarities of microbial communities were further explored using PCoA of Bray–Curtis distances. The total interpretation of the first two axes, PCo1 and PCo2, was 65.37%. There were significant differences between the microbial communities across mining areas (Figure 2B). Prevalence analysis of zOTUs showed that four shared zOTU were detected in all AMD samples (accounting for 34.1% of the total sequences), while there were 54, 15, 9, and 1 unique zOTUs in samples of MZ, DBS, ZJS, and MYW, respectively (Figure 2C).
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FIGURE 2. Dissimilarities of AMD microbial communities of four mining areas. (A) Alpha-diversity of AMD shown by the Shannon diversity index. (B) Principal coordinates analysis based on Bray–Curtis distance between samples. (C) Venn analysis of zero-radius operational taxonomic units (zOTUs) detected in four AMDs. (D) Relative abundance of microorganisms detected in AMD samples at the phylum level. (E) Top 50 taxa, at the genus level, in four AMD microbial communities. *p < 0.05, **p < 0.01, ***p < 0.001.


From the total sequences generated, over 97.8% of reads (the average among samples) could be classified under the Kingdoms of Bacteria and Archaea, but approximately 2.2% remained unclassified at the domain level. Among the classified sequences, 13 phyla were identified, with Thermoplasmatota, Nitrospirota, and Proteobacteria (average relative abundance of 41, 28.2, and 24.3%, respectively) representing the most abundant phyla (Figure 2D). At the genus level, more than 52.5% of the total sequences were distributed in the two most dominant genera in all AMD samples; these genera were Leptospirillum and Ferroplasma (Figure 2E). ZJS contained the highest abundance of Leptospirillum, while MYW was dominated by Ferroplasma. Acidithiobacillus were particularly richer in MZ and DBS (with an average relative abundance of 27.1%) than in ZJS and MYW (with an average relative abundance of 0.07%). The relative abundance of other phylotypes varied across the mining areas. Acidiphilium, Ferrovum, Acidicapsa, and Acidibacter were more abundant in MZ and DBS (average relative abundance of 12.5, 0.3, 0.8, and 0.9%, respectively) than in ZJS and MYW. ZJS samples had the highest relative abundances of A-plasma (9.3%), Sulfobacillus (2.3%), Cuniculiplasma (2.4%), and a genus affiliated with Babeliaceae (2.9%) which all occurred in lower proportions in other AMD (0.3, 0.17, 0.81, and 0%, respectively). Ferrimicrobium, Acidisphaera, Metallibacterium, Acidocella, and Acidiferrobacter were exclusively detected in DBS AMD.



Environmental Factors Determining AMD Microbial Community Structure

A significant correlation between physicochemical variation and microbial community dissimilarity in AMD was confirmed by the Mantel test (r=0.521, p=0.001). Furthermore, db-RDA was performed to identify possible correlations between physicochemical characteristics and microbial community patterns of the four mining areas (Figure 3A). Environmental factors with multicollinearity were filtered based on the value of Variance Inflation Factors (VIF). The step model based on the lowest Akaike Information Criterion (AIC) was performed to determine the fewest influencing factors but with the best interpretation. In this db-RDA analysis, variations of five optimal physicochemical parameters—SO42−, Mg2+, Ca2+, temperature, and Fe2+—collectively explained 64.2% of the microbial community dissimilarity (Figure 3B). Among them, Mg2+ and SO42− were the environmental factors with the highest explanation values of 18.4% (r2=0.44, p=0.001) and 17.6% (r2=0.49, p=0.001), respectively, followed by Ca2+ with 11.3% (r2=0.35, p=0.005), temperature with 11.1% (r2=0.41, p=0.006), and Fe2+ with 5.7% (r2=0.11, p=0.307; Figure 3B).

[image: Figure 3]

FIGURE 3. Environmental factors determining AMD microbial community structure. (A) db-RDA of microbial communities. Abundance data were Hellinger-standardized. (B) Variation partition of key contributing factors on dissimilarity of microbial communities. (C) Pearson correlations (p<0.01) between abundant taxa and most important environmental factors. (D) Heatmaps of Pearson correlations between predicted functions of microbial communities and determining environmental factors in AMD. *p<0.05, **p<0.01, ***p<0.001.


At the level of individual dominant taxa, the genus Leptospirillum was positively correlated with temperature and Ca2+ but negatively correlated with Mg2+ (Figure 3C). Positive correlations of Ferroplasma with Fe2+, Mg2+, and SO42− were observed, while Acidithiobacillus showed negative correlations with temperature, Ca2+, and SO42− (Figure 3C). A genus affiliated with Thermoplasmatota, A-plasma, and a genus affiliated with Babeliales were also positively correlated with temperature and Ca2+ but negatively correlated with Mg2+ like the genus Leptospirillum. Acidiphilium, Ferrimicrobium, Acidibacillus, Acidisphaera, a genus affiliated with uncultured Acidobacteriaceae Subgroup1, E-plasma, Ferrovum, Acidicapsa, Acidibacter, and a genus affiliated with uncultured Acidobacteriaceae were all negatively correlated with temperature, Ca2+, and SO42−. Ferrovum, Acidicapsa, and a genus affiliated with uncultured Acidobacteriaceae were negatively correlated with Fe2+, while Sva0485 was positively correlated with Fe2+. In summary, the microbial communities in AMD were mainly influenced by the environmental factors of Mg2+, SO42−, Ca2+, temperature, and Fe2+.



Co-occurrence of zOTUs in AMD

To decipher the co-occurrence pattern of the AMD microbial community, correlations between microorganisms at the zOTU level of samples from the four mining areas were calculated. Strong correlations (r>0.3) were retained to build co-occurrence networks (Figure 4). A total of 121 nodes and 92 edges were generated. Based on within-module connectivity (Zi) and among-module connectivity (Pi), nodes were classified as network hubs (Zi>2.5, Pi>0.6), module hubs (Zi>2.5, Pi<0.6), connectors (Zi<2.5, Pi>0.6), and peripherals (Zi<2.5, Pi<0.6; Fan et al., 2018). The results implied a sparse and loose network because 116 peripherals, five connectors, no network hub, and no module hub were identified. Co-occurred zOTUs varied from the mining sites. There were 40, 12, 4, and 1 node(s) exclusively detected in MZ, DBS, ZJS, and MYW, respectively, and unique correlations existed among these nodes. In MZ AMD, the sulfur-oxidizing bacterial genus Sulfobacillus was correlated with iron- and sulfur-oxidizing bacteria Acidithiobacillus, iron-reducing bacteria Acidibacter, and uncultured Rickettsiaceae. Rare zOTUs that were only detected in MZ were found to be related to each other. For example, uncultured CPla-3 termite group was closely related to unclassified Babeliales, uncultured Acidobacteriaceae Subgroup1, and uncultured Obscuribacter, while Turribacter was correlated with Clostridium sensu stricto 1, Romboutsia, and “Candidatus Captivus.” For zOTUs that occurred in at least two sites, correlations were observed between archaea and archaea (such as unclassified Thermoplasmatota and unclassified archaea), archaea and bacteria (such as uncultured Thermoplasmataceae and Leptospirillum, and Cuniculiplasma and Acidithiobacillus), sulfur- and/or iron-metabolizing and heterotrophic bacteria (such as sva0485 and Acidibacillus, and Ferrovum and unclassified Acetobacteraceae), and heterotrophic and heterotrophic bacteria (such as Acidisphaera and Acidiphilium).
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FIGURE 4. Co-occurrence network analysis. Colors represent prevalence patterns of nodes. mining area (MZ), Dabaoshan (DBS), Monywa (MYW), and Zijinshan (ZJS) mean nodes occurred exclusively in that mining area. All represented nodes are presented in all mining areas.




Metabolic Potential of Microbial Community and Individual Organisms in AMD

To investigate the potential biogeochemical cycles mediated by microorganisms of different mining areas, microbial community metabolic functions were predicted using FAPROTAX. Across the four mining areas, the metabolisms associated with anaerobic and aerobic chemoheterotrophy and dark iron oxidation were dominant in the AMD environment (Supplementary Table 2 and Figure 3D). Sulfur metabolisms including oxidation of sulfur compounds, sulfur and sulfur compound respiration, and dark sulfur oxidation were predicted in the MZ, DBS, and ZJS sites but not in the MYW area. Acidithiobacillus, Leptospirillum, Ferroplasma, Acidiferrobacter, Ferrimicrobium, and Ferrithrix were responsible for iron oxidation in MZ and DBS, while Ferroplasma was the only taxa predicted as an iron-oxidizing microorganism in MYW. In MZ, Leptospirillum and Clostridium sensu stricto 1 were involved in nitrogen metabolism, including nitrogen fixation, nitrite ammonification, and nitrite respiration. Nitrogen fixation was mainly driven by Leptospirillum in DBS and ZJS.

Correlations between potential metabolism functions and environmental factors were also calculated (Figure 3D). SO42− and Mg2+ were significantly positively correlated with aerobic chemoheterotrophy and dark iron oxidation but negatively correlated with dark oxidation of sulfur compounds and nitrogen fixation. Anaerobic chemoheterotrophy and sulfur respiration were positively correlated with temperature and Ca2+. Fermentation and nitrogen metabolisms (including nitrogen respiration, nitrite ammonification, and nitrite respiration) were significantly positively related to Fe2+ but negatively related to temperature.




DISCUSSION


AMD of Different Mineral Types Showed Distinct Physicochemical Characteristics

Being mined and abandoned mines that contained varying amounts and types of metal sulfides minerals have the potential to generate acidic mine discharge water that contain high concentrations of sulfate and metals and metalloids. The physicochemical characteristics of AMD are subject to considerable variation (Johnson, 2003). In this study, the physicochemical characteristics of the AMD generated from four mining areas with different types of mines were distinct but were all extremely acidic and with high concentrations of SO42−, iron, and other toxic metal ions. Similar to previous reports on other AMD systems (Lukhele et al., 2019), Al3+, Mg2+, Cu2+, Mn2+, Zn2+, As, B, and Cr were detected as abundant metal species, and Ba2+, Cd2+, Li+, Mo2+, Ni2+, Pb2+, and Sr2+ were detected as trace elements in all AMD samples of the current study. However, AMD from copper (ZJS and MYW) and polymetallic (MZ and DBS) mining areas presented different metal concentration profiles; AMD of the copper sulfide mines contained a higher concentration of metal ions (except for Li+ and Sr2+) compared with polymetallic mines. Lower pH and higher SO42− concentration were also observed in copper sulfide AMD. MYW and ZJS are both low-grade copper sulfide deposits; the dominant mineral of them was chalcocite, with acid-insoluble pyrite as associated minerals. AMD from them was generated during the bioheap-leaching process. In the case of acid-insoluble sulfide minerals oxidation, more ferric iron and protons are produced (Johnson, 2003). In contrast, MZ and DBS are polymetallic mines containing more complex ores, AMD from them were formed by multimineral dissolution. That might be the reason why AMD of MYW and ZJS contained higher concentrations of metal ions with lower pH compared to DBS and MZ. In practice, SO42− concentration is an important tracer to distinguish AMD-impacted waterbodies from unimpacted waterbodies (Havig et al., 2017). Statistical analysis in the current study also indicated that SO42− was the most important contributing factor determining the environmental divergence of AMD. Congruent with previous research (Liu et al., 2014), results from the present study demonstrated that acidity and concentrations of SO42− and metals of AMD were largely dependent on the composition of the exposed minerals; therefore, AMD from copper sulfide mines show more extreme characteristics than that of polymetallic mines.



Mg2+, SO42−, Ca2+, Temperature, and Fe2+ Affected the Structure and Potential of AMD Microbial Communities

Community dissimilarity was further explored along environmental gradients. Mg2+, SO42−, Ca2+, temperature, and Fe2+ were the most contributing factors that affected the microbial community in AMD environments. In many previous studies, pH was the key determinant relating to and structuring AMD microbial communities (Kuang et al., 2013; Teng et al., 2017). pH can reflect the stages of the mineral oxidation process (Chen et al., 2013, 2014) and define the ecological niches of closely associated bacteria and archaea (Belnap et al., 2011). However, these previous studies captured a wide range of pH gradients from very low (below 2) to neutral (about 7) and thus may have underestimated and veiled the influences of other environmental factors on microbial communities (Aguinaga et al., 2018). The current study focused on AMD with a narrow range of pH at a low level (pH 0.7–2.59) and detailed the factors regulating extremely acidic AMD microbial populations. It has been known that pH has a strong influence on the dissolution of metals from ores, especially under low pH (<3.0). Accordingly, in our study, AMDs (such as MYW) contained higher concentrations of metal ions with lower pH, which might successively affect the microbial diversity. Nevertheless, microorganisms living in AMD appeared to have high resistance to highly toxic metals, which is why highly toxic metals such as copper, zinc, cadmium, and so on did not show a significant relationship with the microbial community. The research of Walton and Johnson (1992) indicated that the influence of pH change on the abundances of microorganisms was probably less significant than the change of substrate concentrations, such as Magnesium.

Mg2+ and Ca2+ were previously suggested to exert essential roles on aquatic microbial community composition in terrestrial aquifers (Fillinger et al., 2019) like hypersaline lakes (Podell et al., 2014), high-altitude Andean lakes (Núñez Salazar et al., 2020), and hot springs (Huang et al., 2013). Calcium ions participate in a variety of microbial functions, including heat shock, chemotaxis, and biodegradation. Furthermore, Ca2+ concentration in the aquatic environment is inextricably linked to the pH value and is related to inorganic carbon metabolism driven by microorganisms (Zavarzin, 2002). Indeed, almost all core taxa were affected by Ca2+ concentration in the current study. SO42− and Fe2+ were also identified as important factors that contributed to the variance of microbial communities in the present study. SO42− and Fe2+ were the main ions produced during the sulfide mineral oxidation process and likely reflected the degree of minerals dissolved (Teng et al., 2017). Most heterotrophic microorganisms were negatively related to SO42−concentration, and this might be why the abundance of these groups decreased significantly during the later stage of mineral oxidation. In addition, SO42− was directly correlated with the metabolism of sulfur-oxidizing microbes (Dopson and Johnson, 2012) and Fe2+ concentration largely affects iron-oxidizing microorganisms (Walton and Johnson, 1992). The current study demonstrated that SO42− and Fe2+ may have correlations with the nitrogen and carbon cycles driven by microorganisms in the AMD environment. This may be a direct influence since these essential geochemical processes were mainly attributed to key iron- and sulfur-oxidizing microorganisms like Leptospirillum or/and Acidithiobacillus, which are strongly affected by SO42− and Fe2+. The hazardous metals such as arsenic were generally believed to have a significant influence on the microbial community structure. Nevertheless, our results showed only a few microorganisms that had strong negative correlations with dissolved arsenic (Supplementary Figure 1). Microorganisms living in AMD appeared to have high resistance with highly toxic arsenic (Laroche et al., 2018). The temperature was observed as another important contributing factor that influenced the community structure and prevalence of the dominant microbes. Temperature is an essential condition for the growth of microorganisms. Different species were reported to dominate the microbial community on ore surfaces at different temperatures during the bioleaching process (Wang et al., 2018). Furthermore, temperature-regulated microbial iron and arsenic oxidation in AMD (Tardy et al., 2018) was correlated with the microbial population and acid generation (Jia et al., 2018). Individual microbes likely have distinct functional responses to variations in temperature. Elevated temperature significantly upregulated the carbon fixation and amino-acid metabolism proteins of Leptospirillum in AMD biofilms collected from the Richmond Mine (Mosier et al., 2015). This was consistent with the findings of the current study that Leptospirillum was positively correlated with temperature. Archaea, mainly affiliated with phylum Thermoplasmatota, were previously found to be dominant in AMD with low-to-moderate temperatures and were considered significant contributors to carbon- and iron-cycling (Korzhenkov et al., 2019). In the present study, Thermoplasmatota-related taxa, including Ferroplasma and E-plasma, negatively correlated with temperature, demonstrating the potential association between carbon and iron metabolism with temperature, and that the niche of dominant taxa is divided by temperature.



AMD Microbial Community Assembly Was Largely Influenced by Mineral Types

The role of mineral type on AMD microbial communities was explored in the current study. AMD of polymetallic mines had higher microbial diversity than copper mines, and many rare taxa were exclusively detected in polymetallic AMD, suggested a more diverse community. Heterotrophic iron-metabolizing bacteria Acidiphilum, reported to can reduce soluble- and solid-phase ferric iron, was significantly more abundant in polymetallic AMD (12% relative abundance) than in copper AMD (relative abundance of 0.00086%). Other heterotrophic microorganisms, including Acidisphaera, an unclassified genus within Acetobacteraceae, Acidibacter, Acidibacillus, and Acidicapsa were also more prevalent in the polymetallic AMD environment. Furthermore, functional redundancies were revealed in polymetallic AMD. Low-abundance taxa might serve as the functional pool whose members are recruited during the specific acidification process to generate AMD. For example, the acidophilic iron-oxidizing microorganisms Ferrimicrobium, Ferrithrix, and Ferrovum, as well as Acidiferrobacter, were exclusively observed in polymetallic AMD (Supplementary Table 3). In addition to Leptospirillum, Clostridium detected as rare taxa in polymetallic AMD were also identified as nitrogen-metabolizing bacteria. Together, these results demonstrated that the prevalence of rare taxa in AMD was mainly influenced by the AMD mineralogy type and highlighted the contributing roles of rare taxa groups to AMD (Liu et al., 2014).



Dominant Taxa Prevalence Was Related to Mineral Type in AMD

Leptospirillum, Ferroplasma, and Acidithiobacillus were identified as the core genera in AMD as they are detected globally in AMD sites and play important roles in the dissolution of sulfide minerals and the generation of AMD (Huang et al., 2016; Xiao et al., 2016). In the current study, the dominance of Leptospirillum and Ferroplasma in AMD of all four mining sites was reported, but Acidithiobacillus was only abundant in polymetallic AMD. Leptospirillum and Ferroplasma have been frequently discovered in extremely acidic environmental conditions, like biofilm floating on acidic water or growing on the surface of an ore body (Bond et al., 2000a,b; Lo et al., 2007). Leptospirillum and Ferroplasma were always found to coexist in environments where the pH was below 1 (Tyson et al., 2004; Demergasso et al., 2005). Leptospirillum is extremely acidophilic, chemolithotrophic bacteria, with the capabilities of dark iron oxidation, growth by carbon fixation via the reductive tricarboxylic acid (rTCA) cycle (Levican et al., 2008), and nitrogen fixation (Goltsman et al., 2013). The paucity of the iron uptake system may explain the dominance of these bacterial taxa in extremely low pH environments with soluble iron concentrate more than 14gL−1 (Battaglia et al., 1994; Osorio et al., 2008). Ferroplasma was described as a chemomixotrophic, cell-wall-lacking, iron-oxidizing archaea and was predicted to assimilate carbon and nitrogen sources from outside the cell (Dopson et al., 2005). With a tetraether lipid membrane monolayer structure, Ferroplasma was profoundly acid-tolerant and heavy metal resistant (Golyshina and Timmis, 2005), especially it could endure more than 36gL−1 iron in AMD of MYW. Acidithiobacillus is psychrophilic to mesophilic (Nordstrom et al., 2015) and thus may dominate the AMD microbial communities at lower temperatures as indicated by the results of the current study. A negative correlation with SO42− suggested the essential role of Acidithiobacillus in the sulfur oxidation of AMD (Wang et al., 2019).



Network Analysis Implied Unexpected Co-occurrence Patterns Among AMD Microbial Communities

Network analysis is an efficient tool to decipher the sophisticated interactions of microbial communities and provides constructive information for experimental verification of interactions among microbes. Bioinformatic tools have been developed to calculate the relationships within a microbial community according to the variations in microbial abundance profiles. Taxa count data of the AMD microbial communities in the current study were overdispersed and had excess zeros. To fit the count data with overdispersion and excess zeros and minimize false positives of the correlations, SPIEC-EASI was applied to infer the AMD microbial ecological networks. Sparse but robust interactions were present among microbes across mining areas. There were distinct mineral-type-related correlations and specific relationships among various heterotrophic bacteria in polymetallic AMD. Rare taxa linked to mammalian diseases, including Legionella, Mycobacterium, Turicibacter, Terrisporobacter, and Romboustia, were correlated with typical AMD groups such as Metallibacterium and Sulfobacillus. It remains unclear that why these neutrophilic heterotrophs could appear in an extremely acidic environment like AMD. Previous researches highlighted the importance of Horizontal Gene Transfer events (HGT) in the environmental adaptions of some eukaryotes like Galdieria sulphuraria and prokaryotes like Acidiphilium and Alicyclobacillus to the AMD environment (Schonknecht et al., 2013; Li et al., 2020; Liu et al., 2021b). Genes acquired horizontally are involved in ecologically important processes including heat tolerance, toxic metals resistance, and metabolites transportation and metabolism, etc. Our results suggested possible HGT and/or metabolic coupling among these taxa. HGT may be a common strategy for microorganisms to adapt to the harsh and acidic environment. Distinct interactions between sulfur- and/or iron-metabolizing and heterotrophic microorganisms were also found, which implied indispensable roles of heterotrophic microorganisms in the geochemical cycles for key elements in AMD.




CONCLUSION

This study focused on the physicochemical characteristics and microbial community features of the extremely acidic AMD environments (pH below 3.0) and identified correlations between them. Harsh conditions of AMD with high acidity, high concentrations of sulfate and metal ions, and distinct microbial community structures were revealed. Our results showed that SO42− and metal ions (especially for Mg2+) were the key contributing factors that differentiated samples from the different mining areas and controlled the microbial diversity and communities structure in these areas, which also revealed geochemical element cycles driven by microorganisms were significantly correlated with Mg2+, SO42−, Ca2+, temperature, and Fe2+ in AMD, regardless of the pH of these environments. Greater knowledge of the microbiological compositions and their potential function in these ecosystems, as well as the intricate interactions between the environment and microbial community assembly, will doubtless lead to the more efficient application of these extremely microorganisms in treating AMD.
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Uranium pollution in tailings and its decay products is a global environmental problem. It is of great significance to use economical and efficient technologies to remediate uranium-contaminated soil. In this study, the effects of pH, temperature, and inoculation volume on stabilization efficiency and microbial community response of uranium tailings were investigated by a single-factor batch experiment in the remediation process by mixed sulfate-reducing bacteria (SRB) and phosphate-solubilizing bacteria (PSB, Pantoea sp. grinm-12). The results showed that the optimal parameters of microbial stabilization by mixed SRB-PSB were pH of 5.0, temperature of 25°C, and inoculation volume of 10%. Under the optimal conditions, the uranium in uranium tailings presented a tendency to transform from the acid-soluble state to residual state. In addition, the introduction of exogenous SRB-PSB can significantly increase the richness and diversity of endogenous microorganisms, effectively maintain the reductive environment for the microbial stabilization system, and promote the growth of functional microorganisms, such as sulfate-reducing bacteria (Desulfosporosinus and Desulfovibrio) and iron-reducing bacteria (Geobacter and Sedimentibacter). Finally, PCoA and CCA analyses showed that temperature and inoculation volume had significant effects on microbial community structure, and the influence order of the three environmental factors is as follows: inoculation volume > temperature > pH. The outcomes of this study provide theoretical support for the control of uranium in uranium-contaminated sites.

Keywords: environmental conditions, sulfate-reducing bacteria, phosphate-solubilizing bacteria, microbial community response, microbial stabilization, uranium tailings


INTRODUCTION

With the rapid development of the nuclear power industry, tests of depleted uranium weapons, and other human activities such as uranium mining and metallurgy, the content of uranium and its compounds in the environment has increased significantly (Brugge et al., 2005). Uranium not only is radioactive, which can cause radiation to the human body, but also has strong chemical toxicity (Lu et al., 2018; Selvakumar et al., 2018). In the natural environment, uranium will cause the decrease in cellular activity and metabolic activity of soil microorganisms after entering soil and affect the whole soil ecosphere; once in the body, uranium and its compounds are apt to bind with phosphorylated peptides, causing damage to the kidneys, bones, and brain (Tang et al., 2021). Undoubtedly, the world will face a more serious situation of soil contaminated by uranium in the future with the further development and application of nuclear energy. In particular, as a kind of solid waste produced in the process of uranium extraction, uranium tailings have the characteristics of large yield, complex composition, high toxicity, and difficulty in purification and treatment (Fernandes, 1996). Therefore, it is urgent to develop an efficient and economical uranium pollution remediation technology.

The remediation technology of uranium pollution can be divided into physical, chemical, and biological methods in principle. Among them, physical–chemical technologies have the advantages of high remediation efficiency in single treatment (Wen et al., 2018), but they are mainly targeted at sites with small area and high pollution degree, and they have problems such as complex operation process, high treatment cost, and secondary pollution, which limit the application scope of these methods to a certain extent (Shen et al., 2019; Woods, 2019; Zhang et al., 2019). However, bioremediation is exactly suitable for uranium-contaminated sites with large polluted area and low pollution degree and has received great attention in recent years (Jing et al., 2020), wherein microbial remediation technology has the outstanding advantages of low cost, easy operation, and small disturbance to the environment, providing a greener, economic, and stable way for the remediation of uranium-contaminated sites and is considered to have great research value and broad application prospects (Lakaniemi et al., 2019). In the field of uranium pollution control, many studies have shown that sulfate-reducing bacteria (Hu et al., 2011; He et al., 2021) and phosphate-solubilizing bacteria (Zhong et al., 2021) can significantly alleviate the toxicity of uranium in the environment through bio-reduction (Zhong et al., 2019), bio-precipitation (Yao, 2017), bio-adsorption (Yong and Macaskie, 2010), and other approaches. However, there is limited information on the combined effect of the two functional strains.

At present, research on the control treatment of uranium pollution has developed from efficient removal to stabilization, but it is mostly focused on the treatment of uranium pollution in water and soil (Kim et al., 2013; Khan, 2020; Zhong et al., 2021), and there are few reports about the stabilization of tailings. Many studies have shown that pH, temperature, inoculation volume, and other environmental factors can change the functional expression of microorganisms by affecting their growth and metabolism (Ji and Wei, 2006; Senko et al., 2007; Zhao, 2014). Therefore, it is necessary to determine the most suitable parameters for the growth of functional microorganisms through experiments, so as to enhance the stabilization efficiency (Liu, 2019). In addition, it is necessary not only to study the stabilization effect of microorganisms on uranium but also to consider the response of the microbial community during the remediation process, due to the complex composition of tailings and the variously endogenous microbial community, so as to achieve the stability and functional control of the microbial community. The microbial community structure has always been the focus of microbial ecology and environmental studies, which determines the characteristics and strength of ecological functions (Wang et al., 2019). Therefore, it can provide a reliable basis for optimizing the community structure, regulating the community function, and discovering new important microbial functional groups by analyzing the dynamic changes of the microbial succession.

In this study, a strain of laboratory-preserved phosphate-solubilizing bacteria (Pantoea sp. grinm-12) were co-cultured with SRB, then the effects of environmental conditions (temperature, pH, and inoculation volume) on uranium tailings during the microbial stabilization process were investigated through a single-factor batch experiment. The specific objectives of this study were to investigate (1) the changes of pH and Eh of uranium tailings under different environmental conditions, in order to understand the basic situation of the reaction system; (2) the chemical form changes of uranium under different environmental conditions, so as to probe into the migration and transformation of uranium; and (3) the succession and response of the microbial community during the microbial stabilization process by high-throughput sequencing. Finally, the optimal environmental parameters for in situ stabilization of uranium tailings were determined by combining the above outcomes.



MATERIALS AND METHODS


Materials

The uranium tailings used in this experiment were collected from a uranium tailings repository located in Fuzhou city, Jiangxi Province, southeast of China. Moreover, the chemical properties of the sampled tailings were shown in our previous study (Tang et al., 2021), as U, Mn, Fe, Ca, and SO42– were the main compositions. The sulfate-reducing bacteria and phosphate-solubilizing bacteria used in this study were preserved in the National Engineering Laboratory of Biohydrometallurgy, China. Among them, the dominant functional strain of the sulfate-reducing bacteria is Desulfovibrio (with strain number of Desulfovibrio vulgaris EM2), and the phosphate-solubilizing bacteria are identified as Pantoea sp. The components of the mixed culture medium are as follows: 1.2 g l–1 glucose, 1.5 g l–1 NH4NO3, 0.5 g l–1 NaCl, 1 g l–1 MgSO4, 0.5 g l–1 (NH4)2SO4, 1 g l–1 MgCl2, 2.5 g l–1 Ca3(PO4)2 (providing phosphorus source for PSB), 0.2 g l–1 KCl, 0.5 g l–1 C3H5O3Na, and 0.5 g l–1 Na2SO4.



Microbial Stabilization of Uranium Tailings by Sulfate-Reducing Bacteria-Phosphate-Solubilizing Bacteria

The radioactive sampling method was used to take samples around the open-area uranium tailings repository, and all samples were then mixed evenly to make them representative. Then, the stabilization experiments were carried out in conical flasks with a solid–liquid (uranium tailings-medium) ratio of 1:1. Considering the factors that can be controlled in engineering practice, three variables including pH, temperature, and inoculation volume were selected for single-factor batch experiments in this study. In view of these three environmental factors, different gradients were set respectively, to investigate the pH, Eh, chemical form transformation of uranium, and response of the microbial community in the bioremediation process. The specific parameters of experimental settings are shown in Table 1, and the optimal environmental conditions were finally determined one by one. All experimental groups were repeated three times, and the final values of pH, Eh, and chemical form were the average outcomes of the parallel groups, while the microbial response analysis was based on high-throughput sequencing results of a representative sample under the same conditions.


TABLE 1. Parameter setting in microbial stabilization experiments.
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Measurements

The pH of the leaching solution was determined by a glass electrode, (Orion 3 Star pH Benchtop, Thermo Scientific, Waltham, MA, United States). The Eh measurement was carried out by an ORP controller (PC-350, Suntex, China). The chemical form of uranium was detected by the BCR continuous extraction method (Zhang et al., 2012). High-throughput sequencing was assisted by Majorbio (Shanghai, China).




RESULTS AND DISCUSSION


Effect of pH on Microbial Stabilization Process and Microbial Community Response


pH and Eh Changes During the Microbial Stabilization Process

Figures 1A,B showed that the initial pH of the medium has no significant effect on the pH and Eh of the stabilization system, and the overall change trend of the three groups remained consistent throughout the 60-day reaction period. The difference was that when the initial pH adjusted to 3 or 5, the pH of the system increased rapidly within 0–7 days, reaching 7.29 and 7.17, respectively. With the extension of time, the pH of the environmental system gradually stabilized to neutral. When the initial pH was 7, the pH of the system decreased slightly in the first 3 days and then gradually stabilized in the neutral range, too. This is due to the fact that a large amount of lime was added to the uranium tailings before it was stockpiled, thus acting as a buffer to the pH of the stabilization system. It is shown in Figure 1B that Eh showed a downward trend at the initial remediation stage and reached the lowest on the 15th day, which was −292, −316, and −258 mV in pH-3, pH-5, and pH-7, respectively. However, Eh showed a rising process after stabilization for 15 days. This may be due to the lack of nutrients in the culture system at the later stage, which leads to inhibition of the metabolic activity of SRB and difficulty in maintaining the reducing atmosphere in the environmental system.
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FIGURE 1. Changes of (A) pH and (B) Eh during the microbial stabilization process of SRB-PSB under different pH.




Chemical Form Transformation During the Microbial Stabilization Process

The chemical form changes of uranium in uranium tailings under different pH are shown in Figure 2. At the beginning stage (at day 1), uranium mainly existed in the form of residual and acid-soluble states, as the total content exceeded 90%. With the extension of remediation time, the proportion of acid-soluble uranium decreased and the residual uranium increased in the three groups, indicating that the three systems all could effectively stabilize uranium in the uranium tailings and achieve in situ stabilization of uranium. Among them, the transformation ratio of uranium from the acid-soluble state to residual state in the pH 7 group was the largest, followed by the remediation system with pH = 5. That is, the closer the pH is to the neutral condition, the more favorable the chemical form of uranium is to transform from the acid-soluble state to residual state. Specifically, the uranium in the acid-soluble state decreased by 6.71, 11.53, and 13.25% in pH 3, pH 5, and pH 7 after 30 days of microbial stabilization, respectively, and the residual uranium increased by 11.82, 14.20, and 17.83%, respectively. This may be because the growth and functional expression of the mixed microorganisms are restricted at lower pH. When the pH of the system is close to neutral, the microbial activity is higher under the premise that all other environmental conditions are consistent, thus increasing the higher stabilization rate of uranium. In addition, the control group (aseptic inoculation experiments) showed that the unstable uranium remained at a relatively high level after the leaching effect of medium in our previous study (Tang et al., 2021). Therefore, it can be inferred that uranium conversion is mainly based on microbial metabolism.
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FIGURE 2. Chemical form (ACI—acid-soluble state; RED—reducible state; OXI—oxidizable state; RES—residual state) changes of uranium in uranium tailings under different pH, (A) pH-3; (B) pH-5; (C) pH-7.




Microbial Community Response

The information of microbial succession is an important aspect of marking environment change. The α diversity index is often used to describe the richness and diversity of microbial communities (Chen et al., 2018). As is shown in Table 2, α diversity indexes under different pH of medium were different, and the variation of ACE and Chao 1 indexes generally showed a trend of decreasing at first and then increasing. However, ACE and Chao 1 of the three reaction systems all reached their peak values on day 30; that is, the microbial richness reached its maximum. This indicated that exogenous microbial stimulation (SRB-PSB) caused the fluctuation of the endogenous microbial community structure at the initial stage of reaction. Then, the adaptability of exogenous microorganisms to the local environment might be enhanced with the extension of reaction time, resulting in the improvement of microbial richness. This indicated that the stimulation of the SRB-PSB coculture system in this study was conducive to increasing local microbial abundance and realizing the reconstruction of the in situ microbial system.


TABLE 2. Variation of α diversity indexes under different pH.
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The Shannon index and Simpson index in the pH-3 group showed a trend of fluctuation: the Shannon index decreased after an increase, but then increased again, while the Simpson index changed on the contrary. The Shannon index in pH-5 decreased firstly and then increased with the extension of remediation time, while the Simpson index showed no special change rule. The Shannon index in pH-7 showed a trend of first increase and then decrease; correspondingly, the Simpson index showed a trend of first decrease and then increase. Considering that microbial diversity is positively proportional to the Shannon index and inversely proportional to the Simpson index (Chen et al., 2018), it can be inferred that the introduction of exogenous microorganisms also affected the local microbial diversity. However, the Shannon index reached the peak and the Simpson index reached the valley at different times in the group with different initial pH. When the initial pH of medium was 5 and 7, the Shannon and Simpson indexes reached the maximum value at day 15, which were different from that of the pH-3 group (reached the peak value at day 30). That is, the change in microbial diversity in the pH-3 group lagged behind that in the pH-5 and pH-7 groups. It may be because the growth of microorganisms in the system is inhibited when the initial pH of the medium is too low. As the reaction progressed, the pH of the system gradually tended to be neutral for microbial growth (Figure 1A), and microorganisms can proliferate in this favorable environment. On the 30th day, compared with the samples at day 15, the Shannon and Simpson indexes in the pH-5 and pH-7 groups showed decreasing and increasing trends, respectively, which may be due to the decrease in microbial diversity caused by the lack of nutrients in the later stage.

In order to further understand the changes in microbial community structure under different pH, high-throughput sequencing was used to reveal the succession of the dominant microbial community versus time. Figure 3 shows the microbial community structure at the phylum level with abundance greater than 1% in each group under different pH. Firmicutes, Proteobacteria, Bacteroidota, Desulfobacterota, and Synergustota were mainly detected in the initial remediation system, and their cumulative abundance exceeded 99%. Among them, Firmicutes is the main phylum of microorganisms in uranium-contaminated sites, which have been reported in many literatures (Suriya et al., 2017), and Desulfobacterota is a type of SRB that is widely recognized as having the function of sulfate-reducing capacity (Chen et al., 2019). Specially, at day 7, the abundance of Campilobacterota (20.31%) in the pH-3 group was much higher than that in the other two groups, and the abundance of Bacteroidota in the pH-7 group was the highest (25.45%). On the 15th day of the remediation, the main microorganisms at the phylum level were Proteobacteria, Bacteroidota, Firmicutes, Desulfobacterota, Synergustota, Spirochaetota, and Actinobacteriota. What is noteworthy is that, when the remediation time was 15 days, the abundance of Firmicutes, Campilobacterota, Desulfobacterota, and Synergustota in pH-5 and pH-7 groups was much higher than that in the pH-3 group. As the first three microorganisms happen to be the functional microorganisms related to the remediation of heavy metal pollution (Sharp et al., 2011; Carrier et al., 2020), they thus play an important role in the stabilization process.
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FIGURE 3. Microbial community structure at the phylum level under different pH.


The community composition was intuitively studied by heatmap analysis at the genus level of the samples after remediation for 15 days; the results are shown in Supplementary Figure 1. Firstly, Azospirillum, Enterobacteriaceae, Sulfurospirillum, Proteiniphilum, Macellibacteroides, Pseudomonas, Bacteroides, Desulfosporosinus, Desulfovibrio, and Sphaerochaeta were observed in all groups. Considering that the high stability of the microbial community structure is an important factor to realize ecological function (Li et al., 2019), it can be concluded that the introduction of exogenous functional microorganisms (SRB-PSB) will not destroy the in situ ecological stability and can coexist with endogenous microorganisms in this study. Among the various microorganisms, Azospirillum is a common nitrate-reducing bacteria (Caiubi et al., 2020), and nitrate has been regarded as a critical substance that determines the prevailing redox conditions in the environment, and in turn the behavior of Uranium (Bonotto et al., 2019); Desulfosporosinus and Desulfovibrio are typical sulfate-reducing bacteria that can adapt to a uranium-polluted environment and facilitate the stabilization of uranium pollution (Suzuki et al., 2004); in addition, some studies have also proved that uranium pollution in the environment can be removed by Pseudomonas through biological mineralization (Choudhary and Sar, 2011). Compared with the three groups under different pH, it can be concluded that the effects of initial pH had significant differences in the reconstruction of the microbial community. For example, in the pH-5 group, the abundance of Planococcacese, AUTHM297, and Pseudoxanthomaonas was much higher than that in pH-3 and pH-7 groups. Among them, Planococcacese and Pseudoxanthomaonas are microorganisms with biological mineralization function, which is beneficial to uranium removal and stabilization (Chuiyun et al., 2021). In addition, the sulfate-reducing bacteria (Desulfosporosinus and Desulfovibrio) and iron-reducing bacteria (Geobacter and Stenotrophomonas) in pH-7 and pH-5 groups were significantly more abundant than those in the pH-3 group. This may be due to the construction of a more suitable reductive microbial stabilization system under neutral conditions.

Based on the above analysis, the remediation system of the pH-5 group can significantly increase microbial richness and diversity and effectively maintain the reductive system (Figure 3 and Supplementary Figure 1), which can promote the construction of functional flora. In addition, the pH-5 group can significantly reduce the Eh of the environmental system (maintaining a reductive environment) (Figure 1B) and can greatly promote the trend of transforming acid-soluble uranium to residual uranium (Figure 2). Therefore, the medium with an initial pH of 5 was finally selected for the subsequent microbial stabilization process.




Effect of Temperature on Microbial Stabilization Process and Microbial Community Response


pH and Eh Changes During the Microbial Stabilization Process

Figure 4 shows that temperature had a slight effect on pH and Eh of the remediation system, but there was no significant difference among each group. Especially in the first 7 days of reaction, the pH curves at 15°C and 25°C were almost the same. The Eh of T-25 and T-35 groups was basically identical in the first 3 days. At the later stage of reaction, the pH and Eh of each system gradually appeared different. Interestingly, although the Eh in all three groups showed an upward trend from the 15th day to the 30th day, it kept the order of T-15 > T-35 > T-25 all along. Specifically, the pH of the remediation system at different temperatures rose rapidly within 0–7 days and reached 7.16 (T-15), 7.14 (T-25), and 6.98 (T-35), respectively, at day 7 and gradually stabilized at neutral with the extension of time. Within 15 days of the initial reaction, the Eh of the remediation system decreased significantly and reached the lowest values at day 15, which were −258.67 mV (T-15), −378 mV (T-25), and −327.67 mV (T-35), respectively, which were conducive to the growth and functional expression of reducing microorganisms in the remediation system. This in turn promoted the stabilization of uranium. Similar to that shown in Figure 1B, Eh showed an upward trend in the later stage of reaction, that is, the reductive environment was destroyed. However, the Eh at day 30 in T-25 and T-35 groups was significantly lower than that in the T-15 group, indicating that the conditions of 25 and 35°C were more conducive to the maintenance of the reductive system and the subsequent stabilization reaction of reducing bacteria to uranium.
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FIGURE 4. Changes of (A) pH and (B) Eh during the microbial stabilization process of SRB-PSB under different temperatures.




Chemical Form Transformation During the Microbial Stabilization Process

Temperature has an important influence on the chemical form transformation of uranium in the in situ microbial stabilization process, because the growth, metabolism, and enzyme activities of microorganisms will be inhibited at too low or too high temperature (Liu et al., 2018; Lv et al., 2021). In this study, the chemical forms of uranium in uranium tailings reacted with the mixed SRB-PSB system for 1, 15, and 30 days at temperatures of 15, 25, and 35°C, respectively, were compared. The results are shown in Figure 5. Overall, the chemical forms of uranium changed from the acid-soluble state to residual state with the extension of reaction time under the same temperature, indicating that SRB-PSB can effectively achieve the stabilization of uranium. To be specific, when the temperature was set at 15°C, the uranium in the acid-soluble state decreased from 24.75 to 22.17% on the 15th day, and the uranium in residual state increased from 65.14 to 71.55%; however, a small amount of residual uranium appeared to be re-dissolved on the 30th day. Under the temperature of 25°C, the chemical forms of uranium changed significantly in the first 15 days: the content of uranium in the acid-soluble state decreased by 9.95%, and the residual state increased by 13.37%, which was much higher than that in the T-15 group. Moreover, with the extension of time, the stabilization effect is continuously enhanced. When the temperature was 35°C, a similar trend was observed: the content of uranium in the acid-soluble state decreased by 8.6%, and that in the residual state increased by 11.43%, which was slightly lower than that in the T-25 group.
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FIGURE 5. Chemical form changes of uranium in uranium tailings under different temperatures: (A) T-15; (B) T-25; an d (C) T-35.




Microbial Community Response

As is shown in Table 3, there were significant differences in α diversity index at different temperatures. In the T-15 group, the changes in ACE and Chao 1 indexes basically showed a trend of first decreasing and then increasing and reached the peak at day 30, with maximum values of 131.06 and 137.6, respectively. In the T-25 group, ACE and Chao 1 showed a trend of decreasing at first followed by continuous increasing and finally reaching the maximum values on day 30 with values of 248.81 and 248.25, respectively. However, ACE and Chao 1 in the T-35 group reached the peak values at day 15, with values of 196.11 and 200, respectively. A comparative analysis of maximum values of the ACE and Chao 1 indexes under different temperatures showed that T-25 > T-35 > T-15. This may be because when the temperature is too low, the growth of microorganisms is inhibited, resulting in low bacterial abundance; the reason why the values in the T-35 group were lower than those in the T-25 group is likely the rapid growth of endogenous microorganisms during the remediation process, which leads to the rapid consumption of nutrients in the environment, thus reducing the microbial richness in the later stage. In the T-15 and T-25 groups, the Shannon index reached the peak values at day 30, which were 2.03 and 3.40, respectively, while the Shannon index in the T-35 group reached the maximum value of 3.19 at day 15. The valley values of the Simpson index were obtained on the 30th day in the T-15 group, while in T-25 and T-35 the valley values were obtained when the remediation times were 15 and 30 days, respectively. Compared with the maximum values of the Shannon index, the microbial diversity was as follows: T-25 > T-35 > T-15. This indicated that when the temperature was relatively high (25 and 35°C), it was beneficial to increase microbial diversity.


TABLE 3. Variation of α diversity indexes under different temperatures.
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Figure 6 shows the succession of the microbial community structure at the phylum level under different temperatures. On the whole, the dominant microbial species in uranium tailings of the same reaction period were highly consistent, but the proportion was significantly different. Specifically, microorganisms at the phylum level mainly included Firmicutes, Proteobacteria, Bacteroidota, Desulfobacterota, and Synergustota at the initial stage of remediation, which were consistent with the results shown in Figure 3. In the T-25 group, the abundance of Firmicutes was higher than the other two groups at first and 7th days. On the 7th day of the remediation, the abundance of Firmicutes and Proteobacteria changed most dramatically, and the abundance of Bacteroidota and Campilobacterota in the remediation system also increased gradually with the increase in temperature, far exceeding that of the T-15 group. At day 15, the microbial diversity in the T-25 and T-35 groups was much higher than that in the T-15 group, and the microorganisms mainly included Firmicutes, Proteobacteria, Bacteroidota, Desulfobacterota, Synergustota, Thermotogota, and Actinobacteriota. Then the dominant microorganisms in the three groups were basically the same at day 30; in particular, Desulfobacterota, was most abundant in the T-25 group.
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FIGURE 6. Microbial community structure at the phylum level under different temperatures.


A heatmap of the microbial community at the genus level after microbial stabilization for 15 days at different temperatures is shown in Supplementary Figure 2. First of all, Enterobacteriaceae, Sulfurospirillum, Proteiniphilum, Azospirillum, Macellibacteroides, Pseudomonas, Bacteroides, and Desulfosporosinus were all observed in the three groups. The functions of Azospirillum, Desulfosporosinus, and Desulfovibrio have been described previously. Therefore, the high abundance of Desulfosporosinus detected in the T-15 group indicated that the T-15 group could also achieve uranium stabilization to a certain extent. In addition, in the T-25 and T-35 groups, the abundance of Desulfurispora, Desulfofarcimen, Petriniphilum, Desulfovibrio, and Geobacter was much higher than that in the T-15 group. As these microorganisms have the ability of metal reduction and sulfate reduction, they have greater remediation potential for uranium stabilization. Combined with Figure 5 and Supplementary Figure 1, it was found that the temperature of 25°C was more conducive to the stabilization of uranium and the functional succession of the microbial community.




Effect of Inoculation Volume on the Microbial Stabilization Process and Microbial Community Response


pH and Eh Changes During the Microbial Stabilization Process

The changes in pH and Eh of uranium tailings under different inoculation volumes are shown in Figure 7. On the whole, the pH of I-5, I-10, and I-20 groups had the same change trend. Combined with Figures 1A, 4A, this was attributed to the buffering effect of residual lime in uranium tailings. Compared with the reaction system with different pH and temperatures, the pH of each group showed a continuous rise in the period of 0–30 days under different inoculation volumes, and the above platform (shown in Figures 1A, 4A) did not appear. Furthermore, the pH of each group reached the peak values of 7.53 (I-5), 7.55 (I-10), and 7.60 (I-20) on the 30th day, respectively. Interestingly, the pH finally was also kept at about 7.5, which was consistent with the results of previous studies. The Eh decreased significantly and reached the lowest value in the first 7 days, wherein the Eh of I-5, I-10, and I-20 groups were −267.67, −273, and −281 mV, respectively. The strongly reductive environment can promote the growth of reducing microorganisms and the stabilization of uranium in the remediation system. However, Eh showed a rising trend in I-5 and I-10 groups after 7 days, while Eh had no significant change in the I-20 group and remained below -200 mV. This is because the higher the inoculation volume, the more functional the microorganisms in the environmental system, and the more it is conducive to maintaining the reductive atmosphere.
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FIGURE 7. Changes of (A) pH and (B) Eh during the microbial stabilization process of SRB-PSB under different inoculation volumes.




Chemical Form Transformation During the Microbial Stabilization Process

When the inoculation volumes were set as 5, 10, and 20%, the chemical form transformation of uranium after microbial stabilization for 1, 15, and 30 days was investigated, and the results are shown in Figure 8. On the 15th day, the acid-soluble uranium in I-5, I-10, and I-20 decreased by 10.85, 9.72, and 11.16%, while the residual uranium increased by 11.50, 12.96, and 13.18%, respectively. With the extension of time, the stabilization effect of uranium in the three groups all increased. Specifically, the decreases of uranium in the acid-soluble state were 12.46, 13.68, and 12.49% in I-5, I-10, and I-20, while the increases of uranium at the residual state were 13.10, 13.13, and 14.07%, respectively. These results indicated that the inoculation volume had a certain effect on the transformation of uranium in the microbial stabilization process. Overall, a high stabilization efficiency can be achieved in both I-10 and I-20 groups. However, besides the significant increase of residual uranium, the content of uranium at the acid-soluble state was decreased greatly at the same time in the I-10 group; that is, the comprehensive stabilization effect was better than those of the other two groups.
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FIGURE 8. Chemical form changes of uranium in uranium tailings under different temperatures, (A) I-5; (B) I-10; and (C) I-20.




Microbial Community Response

As is shown in Table 4, there were significant differences in α diversity index under different inoculation volumes. In the I-5 group, the changes in the ACE and Chao 1 indexes basically showed a trend of decreasing first and then increasing, reaching the peak value on the 30th day (ACE-273.97, Chao 1-271.5); the Shannon index showed a steady upward trend and finally reached a peak of 3.51, while the Simpson index showed a stable declining trend during 1–15 days, and the lowest value obtained on the 15th and 30th days was 0.06. In the I-10 group, ACE and Chao 1 increased with the extension of time and finally reached the peak at day 30 (ACE-206.47, Chao 1-204.58); the Shannon and Simpson indexes fluctuated during the 1–30 days, and the peak/valley values were observed on the 15th day, which were 3.40 and 0.06, respectively. In the I-20 group, ACE and Chao 1 reached the peak on the 15th day, and their specific values were 145.32 and 141.5, respectively; the Shannon and Simpson indexes changed significantly versus time, with peak values of 2.52 and 0.15 on the 15th day, respectively. These results indicated that the inoculation volume was negatively correlated with the richness and diversity of the microbial community; that is, a higher inoculation volume was not conducive to the increase in microbial richness and diversity. This may be because the larger the inoculation volume, the more exogenous microorganisms are introduced, and the more intense the competition with endogenous microorganisms in the remediation process is, which causes the rapid consumption of nutrients in the environment and reduces the microbial richness and diversity in the system.


TABLE 4. Variation of α diversity index under different inoculation volume.
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Figure 9 shows the microbial community structure (with abundance greater than 1%) at the phylum level under different inoculation volumes. In the initial stage of remediation (I-5-1, I-10-1, and I-20-1), the abundance of Desulfobacterota detected in I-20 was significantly higher than that in the other two groups. This indicated that a higher inoculation volume was beneficial to increase the richness of functional microorganisms in the initial stage. When the remediation lasted for 7 days, the abundance of Bacteroidota and Campilobacterota in the uranium tailings gradually increased. With the extension of time, microbial diversity increased significantly, but there was little difference in different groups (with different inoculation volumes) at the same period. Specifically, Firmicutes, Proteobacteria, Bacteroidota, Desulfobacterota, Synergustota, Thermotogota, and Actinobacteriota had always occupied the dominant position in the remediation system (the abundance was always greater than 1%). These results revealed that the inoculation volume significantly affected the richness and diversity of the microbial community at the initial stage, but the difference decreased with the extension of time.
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FIGURE 9. Microbial community structure at phylum level under different inoculation volume.


The heatmap of the microbial community at the genus level (shown in Supplementary Figure 3) after remediation for 15 days was used to assist in analyzing the influence of inoculation volume on microbial community structure. On the whole, the main genera of microorganisms detected under different inoculation volumes included Enterobacteriaceae, Sulfurospirillum, Proteiniphilum, Azospirillum, Macellibacteroides, Geobacter, Pseudomonas, Bacteroides, and Desulfosporosinus. Specifically, the abundance of Bact-08, Ruminiclostridium, Stenotrophomonas, and Azospira in group I-5 was higher than that in other groups, indicating that low inoculation volume could promote the growth of endogenous microorganisms and enhance the diversity of endogenous microorganisms. This may be due to the small amount of exogenous functional microorganisms and the weak competition to endogenous microorganisms. Meanwhile, it was found that the abundance of sulfate-reducing and iron-reducing bacteria in the I-10 and I-20 groups was much higher than that in the I-5 group. In particular, the combined abundance of Azospirillum, Geobacter, Desulfosporosinus, and Sedimentibacter was 10.74 and 20.28% in I-10 and I-20, respectively. In addition, the generic biodiversity in group I-20 was significantly lower than that in the other two groups, which was consistent with the change in α diversity index as shown in Table 4.

Unfortunately, PSB did not become the dominant microorganism in all the high-throughput sequencing results; that is, they were not shown in the microbial community with an abundance greater than 1% at the phylum level (Figures 3, 6, 9) and at the top 30 genus level (Supplementary Figures 1–3). This may be due to the poor tolerance of Pantoea sp. grinm-12 in the uranium-contaminated environment, so they were in a disadvantage position in competition with other endogenous microorganisms; eventually, their activity was reduced (even died) in the uranium tailings. Considering the chemical form transformation of uranium under different inoculation volumes as shown in Figure 8, an inoculation volume that could combine high stabilization efficiency with an acceptable level of microbial richness and diversity should be selected, that is, 10% inoculum was recommended to be considered for the practical stabilization of uranium tailings.




Ordination Analysis Based on Environmental Conditions


Principle Coordinate Analysis Under Different Conditions

Principle coordinate analysis (PCoA) was used to analyze the uranium tailings after microbial stabilization for 1 and 15 days to understand the effect of different environmental conditions on microbial community composition. As is shown in Figure 10A, environmental conditions had little effect on the microbial community composition in the initial remediation stage, and the microbial community structures were consistent under different pH and temperatures. However, the difference in microbial community composition between I-10 and I-20 groups was greater than that of other groups. It has been reported that increasing the initial biomass concentration can improve the removal rate of uranium but will lead to an intensified competition of microbial growth at the same time (Chabalala and Chirwa, 2010). With the extension of time, the microbial community structure changed significantly under different environmental conditions and then evolved into a relatively stable functional microbial community. As is shown in Figure 10B, the contribution rates of PC1 and PC2 were 39.98 and 23.54%, respectively, and the cumulative contribution rate of PC1 and PC2 was 63.52%. In particular, temperature and inoculum volume had obvious effects on microbial community structure succession during the remediation process. The sample distance was the largest in groups under different temperatures, followed by inoculation volume, and the sample distance was the smallest in groups under different pH. Therefore, it can be concluded that different environmental conditions can affect and change the composition of the microbial community, wherein temperature and inoculation volume are relatively more influential factors.
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FIGURE 10. Principle coordinates analysis (PCoA) of uranium tailings after stabilization for (A) 1 day and (B) 15 days under different environmental conditions.




Canonical Correlation Analysis Under Different Conditions

Different environmental factors can significantly change the microbial community structure (Liu, 2019). In order to explore whether the microbial community structure is related to environmental factors, the canonical correlation analysis (CCA) test was conducted according to the gene sequences of high-throughput sequencing and specific conditions. The main environmental factors were temperature (15, 25, and 35°C), inoculation volume (5, 10, and 20%), and pH (3, 5, and 7). It is shown in Figure 11 that environmental factors definitely had different contributions to the microbial communities, among which temperature and inoculation volume showed more significant influence. Overall, the influence of environmental factors on microbial community structure followed this order: inoculation volume > temperature > pH.
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FIGURE 11. Canonical correlation analysis (CCA) of uranium tailings after stabilization for 15 days under different environmental conditions.






CONCLUSION

In this study, the effects of temperature, pH, and inoculation volume on the microbial stabilization efficiency of uranium in uranium tailings were investigated by mixed SRB-PSB, and high-throughput sequencing was used to assist in revealing the microbial community response. The results showed that the optimal pH of the remediation system was 5, which can effectively reduce the Eh of the environmental system, stabilize the pH of culture system, and promote the transformation of acid-soluble uranium to residual uranium. Combined with microbial analysis, it was found that pH = 5 could significantly increase the microbial richness and diversity of the remediation system, effectively maintain the microbial reduction system, and significantly change the microbial community structure. Then, 25°C was determined as the optimal temperature for the SRB-PSB coculture system to interact with uranium; that is, the stabilization process can be carried out at room temperature. Microbiological analysis showed that the microbial richness and diversity could be significantly increased at 25°C. At the same time, the abundance of some functional microorganisms, such as Desulfurispora, Desulfofarcimen, Desulfovibrio, and Geobacter, were relatively high, which are beneficial to promote the stabilization of uranium. In addition, the highly efficient stabilization of uranium and the stable succession of the microbial community structure could be achieved simultaneously when the inoculation volume was about 10%. In particular, the abundance of functional microorganisms such as Azospirillum, Geobacter, Desulfosporosinus, and Sedimentibacter can be maintained at a high level. Finally, PCoA and CCA analyses showed that there were significant differences in the effects of temperature, pH, and inoculation volume on microbial community structure, and the influence sequencing was as follows: inoculation volume > temperature > pH. This study puts forward the optimal environmental conditions for microbial stabilization of uranium in uranium tailings by mixed SRB-PSB and reveals the reconstruction and response process of the microbial community under different environmental conditions, which will provide data reference for the construction of in situ stabilization theory of uranium-contaminated sites.
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Limonitic layers of the regolith, which are often stockpiled as waste materials at laterite mines, commonly contain significant concentrations of valuable base metals, such as nickel, cobalt, and manganese. There is currently considerable demand for these transition metals, and this is projected to continue to increase (alongside their commodity values) during the next few decades, due in the most part to their use in battery and renewable technologies. Limonite bioprocessing is an emerging technology that often uses acidophilic prokaryotes to catalyse the oxidation of zero-valent sulphur coupled to the reduction of Fe (III) and Mn (IV) minerals, resulting in the release of target metals. Chromium-bearing minerals, such as chromite, where the metal is present as Cr (III), are widespread in laterite deposits. However, there are also reports that the more oxidised and more biotoxic form of this metal [Cr (VI)] may be present in some limonites, formed by the oxidation of Cr (III) by manganese (IV) oxides. Bioleaching experiments carried out in laboratory-scale reactors using limonites from a laterite mine in New Caledonia found that solid densities of ∼10% w/v resulted in complete inhibition of iron reduction by acidophiles, which is a critical reaction in the reductive dissolution process. Further investigations found this to be due to the release of Cr (VI) in the acidic liquors. X-ray absorption near edge structure (XANES) spectroscopy analysis of the limonites used found that between 3.1 and 8.0% of the total chromium in the three limonite samples used in experiments was present in the raw materials as Cr (VI). Microbial inhibition due to Cr (VI) could be eliminated either by adding limonite incrementally or by the addition of ferrous iron, which reduces Cr (VI) to less toxic Cr (III), resulting in rates of extraction of cobalt (the main target metal in the experiments) of >90%.

Keywords: acidophiles, Cr (VI) toxicity, limonite, nickel-cobalt laterites, reductive bioleaching, XANES spectroscopy


INTRODUCTION

Lateritic deposits account for over 70% of accessible nickel reserves (Dalvi et al., 2004) and can also contain significant amounts of cobalt and copper (Ñancucheo et al., 2014; Santos et al., 2020). These are stratified oxidised regoliths, with most of the metals of commercial value found in magnesium silicate-rich saprolite zones that underly iron oxy-hydroxide-rich limonitic zones. While saprolite is mined as a nickel ore, limonite is often not processed and is stockpiled as a waste material. While technologies exist that enable the extraction and recovery of base metals from limonites [such as the Caron or high-pressure acid leach (HPAL) processes] these can be highly demanding of energy and have significant carbon footprints (Stanković et al., 2020). In contrast, bioprocessing laterites using autotrophic acidophilic bacteria has been demonstrated to effectively solubilise nickel, cobalt, and copper at ambient temperatures and atmospheric pressure with less consumption of acid than other (non-biological) processing strategies (e.g., Ñancucheo et al., 2014; Marrero et al., 2015). This process uses bacteria that couple the oxidation of zero-valent (elemental) sulphur (ZVS) to the reduction of iron (III) and manganese (IV) at low pH (<2), thereby accelerating the dissolution of minerals such as goethite and asbolane. Since most of the nickel and cobalt are associated with oxidised minerals in limonite deposits, their destruction releases target transition metals and these are retained in solution in the acidic liquors, facilitating their downstream recovery. As this approach (the reduction of oxidised minerals) is essentially the reverse of that used in conventional bioprocessing operations, it has been referred to as “biomining in reverse gear” (Johnson and du Plessis, 2015).

Most published studies of limonite bioprocessing have described laboratory-scale experiments, though there has been at least one pilot-scale test at a laterite mine in northern Brazil (D. B. Johnson et al., 2013). Many of the experiments described have been carried out using stirred bioreactors in which pH, temperature, etc. can be maintained and monitored, and with solid densities of 1–5% (w/v) (e.g., Marrero et al., 2015; Santos et al., 2020) which are well below those that would be used in a commercial operation (typically 20% for stirred tank mineral bioprocessing operations). While it has been found that most, if not all, limonite deposits so far tested appear to be amenable to reductive bioprocessing (though with some degree of variation; Santos et al., 2020), investigating how effective this is when operating under conditions that better reflect commercial constraints is an area that requires more in-depth study.

The microorganisms used in reductive mineral bioprocessing are mostly sulphur-oxidising bacteria of the genera Acidithiobacillus and Sulfobacillus that can also catalyse the dissimilatory reduction of ferric iron and have been widely documented to display greatly enhanced tolerance (compared to most life forms) to a wide range of cationic transition metals including iron, nickel, and cobalt (e.g., Norris and Ingledew, 1992). However, they are also highly sensitive to other transition metals, such as molybdenum, vanadium, and chromium, when these are present as oxy-anions or undissociated acids (Dopson et al., 2014). For example, Johnson et al. (2017) found that Acidithiobacillus and Leptospirillum spp. grew in laboratory media containing 10–100 mM cationic chromium (III) but were totally inhibited by much smaller concentrations (<5 μM) of chromium (VI), which is mostly present as anionic hydrogen chromate, HCrO4–, at pH 1–2. While chromium (VI) would not be anticipated to be present in reduced (sulphidic) ores, it, and other oxy-anionic metals, have the potential to be present in oxidised ore deposits and therefore to inhibit bioleaching.

During the course of testing the amenability of limonites from New Caledonia to reductive bioprocessing at 10% solids density, it was found that not only was bioleaching ineffective but also that the bacteria appeared to be killed in leach liquors. The objective of this study was to find the reason for this inhibition and to devise a method to circumvent it.



MATERIALS AND METHODS


Origin of the Limonite Samples Used in Experimental Work

Two samples of lateritic limonite (NC1 and NC2) were obtained from the Penamax mine in New Caledonia (Maurizot et al., 2020). Both had been ground and screened to <100 μm particle diameter. In one experiment, limonite NC2 that had been screened to <50 μm (NC2<50) was used.



Mineralogical and Elemental Analysis

Mineralogical and chemical analyses of limonite samples were carried out using a combination of techniques, described below. Bulk chemical analyses were performed using induction coupled plasma mass spectrometry (ICP-MS) and induction coupled plasma atomic emission spectroscopy (ICP-AES) as described by Johnson et al. (2020). Samples were prepared by lithium metaborate/lithium tetraborate fusion for major elements (Si, Fe, Al, Ca, K, Mn, Ti, Cr, Na) by 4-acid digestion for trace elements and analysed at ALS Global Laboratories (Loughrea, Ireland). X-ray powder diffraction (XRD) patterns were collected with a PANalytical X’Pert Pro α1 MPD diffractometer equipped with an Xcelerator real-time strip-detector that has an active detector length of 2.122° and using Co Kα radiation. Data were recorded in continuous mode over 4–90 degrees 2⊖ with 0.0170 step size and a scan rate of 0.01°s–1, resulting in total scan times of ∼2 h. The powders were packed into an aluminium sample deep well and phase identifications performed by pattern matching using the Powder Diffraction File (PDF) database of the International Centre for Diffraction Data (ICDD) and standard material from the mineral collection at the Natural History Museum (United Kingdom).

Electron microprobe analysis (EMPA) was performed using wavelength-dispersive X-ray spectrometry (WDX) on a Cameca SX100 electron microprobe, operating at 20 kV accelerating voltage, 20 nA current and a 1 μm spot size. All data were matrix-corrected using the Cameca version of the PAP PhiRhoZ programme (Pouchou and Pichoir, 1984a,b). Quantitative SEM-EDX was performed using the Oxford Instruments INCA XMax Energy Dispersive Spectrometer (EDS) on the Zeiss EVO 15LS scanning electron microscope (SEM). Objective lens to specimen working distance was kept constant at 10 mm (fixed focus). The electron beam accelerating voltage was 20 kV, and electron beam current 1.5 nA. Quant optimisation was performed on cobalt metal, typically every 3 h. The accuracy of EDX analysis was checked regularly at each session by collecting spectra and quantifying elemental concentrations in the reference sample of Kakanui augite (Jarosevich et al., 1980). Beam current was regularly checked throughout the analysis session. Point spectra and large area EDX maps were collected on the carbon coated polished block samples. Data were processed using the Oxford Instruments AzTech software.

X-ray absorption near edge structure (XANES) spectroscopy was performed using beamline B18 at Diamond Light Source, United Kingdom (Dent et al., 2009). The energy was selected using a Si(111) monochromator; Pt coated Si mirrors were used to collimate and focus the X-ray beam; high energy harmonics contributions from the Si(333) reflection were removed by inserting in the beam path a parallel pair of Pt coated Si mirrors at 8 mrad grazing incidence angle. Data were collected in fluorescence mode with pressed pellets of powdered samples mounted vertically in reflection geometry and the XPRESS3 Si-drift fluorescence detector set at 90° to the incident beam. The distance between the detector and the sample was adjusted to ensure that the total incoming count rate was within the linear range of the detector. Spectra were acquired in continuous scanning (Qexafs) mode from 5796 to 6795.5 eV recording 3999 points in a scan time of 240 s with 9 spectra recorded for each sample and merged. The energy was calibrated by setting the position of the first maximum of the first derivative of the XANES spectrum of a Cr foil to 5989 eV. Spectra were background subtracted and normalised using Athena (Ravel and Newville, 2005) and the pre-edge features extracted by fitting the resulting background to a spline function. The pre-edge features were fitted using Gaussian components.



Bioleaching and Abiotic Leaching of New Caledonian Limonite


Microbial Cultures

Consortia of acidophilic sulphur-oxidising, iron-reducing prokaryotes were used in bioleaching tests. The mesophilic consortium included Acidithiobacillus (At.) ferrooxidansT and “At. ferruginosusT,” At. ferriphilusT, At. ferriduransT, Sulfobacillus (Sb.) thermosulfidooxidansT, and the moderate thermophilic consortium contained Acidianus (Ac.) brierleyiT, Ac. sulfidivoransT, and At. caldus strain BRGM3 (Moya-Beltrán et al., 2021). Cultures were sourced from the Acidophile Culture Collection maintained at Bangor University except for the Acidianus species which were obtained from the German Collection of Microorganisms and Cell Cultures (DSMZ, Germany). A starter culture of each consortium (each inoculated with ∼108 cells of each species) was set up in shake flasks containing basal salts and trace elements (Ñancucheo et al., 2016), 100 μM ferrous sulphate and 5% (w/v) zero-valent sulphur (ZVS; supplied by VWR Chemicals United Kingdom, and sterilised at 110°C for 1 h). The same liquid medium amended with 0.02% (w/v) yeast extract was used for the moderate thermophilic consortium. For the mesophilic consortium, the liquid medium pH was set initially at 2.5 and flasks were incubated at 35°C, and for the moderate thermophilic consortium the liquid medium was initially pH 1.5 and cultures incubated at 48°C.



Bioleaching Set-Up

Four sequential bioleaching experiments were carried out using New Caledonian NC1 or NC2 limonite (Table 1) in 2 L (working volume) reactor vessels coupled to FerMac 310/60 units (Electrolab Biotech, United Kingdom) that controlled pH (by automated addition of 1 M sulphuric acid), temperature, and agitation (Santos et al., 2020). In experiment (I), NC1 limonite was added (at 10%, w/v) to a bioreactor, maintained at 35°C and pH 1.5, containing the mesophilic consortium. Experiment (II) used the same operational parameters as those in experiment (I), except that NC1 limonite was added incrementally (Table 1), to give a final solids density of 15%. Experiment (III) used NC2 limonite and the moderate thermophilic consortium, with the bioreactor maintained at pH 1.3 and 50°C. Ferrous sulphate was added (to 2 mmoles L–1) to the bioreactor ahead of the limonite, which was again added incrementally to a final solid density of 10%. Experiment (IV) also used the moderate thermophilic consortium and NC2 limonite, with the bioreactor maintained at pH 1.5 and 50°C. Ferrous sulphate was added (to 5 mmoles L–1) ahead of the first addition of NC2 limonite, and further amounts of NC2 were added to the reactor incrementally, reaching a final total solid density of 15% w/v (Table 1). Experiment (V) investigated abiotic leaching of NC2 limonite at pH 1.5 and 50°C and 15% solids density using the same FerMac 310/60 control units and 2 L reactor vessels but with 1 L working volume. Ferrous sulphate (10 mmoles L–1) was added to the limonite suspension on three separate occasions over the 4-day experiment (Table 1).


TABLE 1. Conditions and operational parameters of the (bio) leaching experiments carried out with NC1 and NC2 limonite.

[image: Table 1]
In all experiments, the limonite suspensions were stirred at 150 rpm and sparged with oxygen-free nitrogen (OFN) to remove dissolved oxygen. Volumes of acid added to maintain set pH values were recorded and cumulated. Liquid samples were withdrawn from the reactor vessels at regular intervals to measure redox potentials [using a platinum/silver-silver chloride electrode (Thermo Scientific, United Kingdom) and adjusted to be relative to a standard hydrogen electrode, i.e., EH values], concentrations of ferrous iron (using the Ferrozine colorimetric assay; Stookey, 1970), total iron (by reducing ferric iron to ferrous and repeating the Ferrozine assay) and other selected transition metals (manganese, cobalt, nickel, and chromium) by AAS (using a SpectrAA Duo atomic absorption spectrophotometer; Varian, United Kingdom). At the end of each experiment [except experiment (III)], solid and liquid phases were separated by filtration through Whatman (United Kingdom) #1 filter papers. Leachates were stored at 4°C, and solid residues dried at room temperature, ground to fine powders using a pestle and mortar, and their mineralogical compositions analysed.




Comparison of Concentrations of Chromium (VI) and Other Soluble Metals in NC2<50 Limonite Leached Abiotically With Acidic Solutions Containing Either Magnesium Sulphate or Ferrous Sulphate, and Assessment of the Biotoxicities of These Leachates

Finer grain size (NC2<50) limonite was abiotically leached (20%, w/v) using solutions of either 100 mM ferrous sulphate or 100 mM magnesium sulphate, both adjusted to pH 0.5 with sulphuric acid. Leaching was carried out in sealed bottles, shaken at 100 rpm at 48°C for 2 days, after which the liquid and solid phases were separated by centrifugation (4,000 × g, 5 min). Concentrations of chromium (VI) in the leachates were determined colorimetrically using diphenylcarbazide (Pflaum and Howick, 1956), and other metals by ICP-OES (Agilent 5800) with analysis in axial mode and calibrated with ICP multi-element standards (Sigma-Aldrich, United Kingdom).

An empirical assessment of the comparative toxicities of the leachates obtained was determined by adding different aliquots of them to a liquid medium containing 10 mM ferrous iron, basal salts and trace elements (Ñancucheo et al., 2016), inoculating with a consortium of iron-oxidising acidophiles (a mixture of Acidithiobacillus and Leptospirillum spp.), incubating shake flasks at 30°C for up to 10 days and monitoring ferrous iron oxidation.




RESULTS


Elemental and Mineralogical Analysis of NC1 and NC2 Limonite

Comparative elemental analysis of New Caledonian limonite samples, including the finer fraction NC2<50, are shown in Table 2. Limonite NC1 was rich in Si, and Fe, and also contained appreciable amounts of Mg, Ca, and Al, but relatively low concentrations of Mn. In contrast, NC2 contained much smaller amounts of Si, Ca, and Mg, but again large amounts of Fe. The chromium content of NC2 was over twice that of NC1, and NC2 also contained far higher concentrations of the two target metals (in terms of their commercial value), cobalt and nickel. Some subtle differences were apparent between NC2 screened to <50 μm to that screened to <100 μm, most notably in the finer fraction (NC2<50) containing less cobalt and manganese, though both contained similar amounts of nickel.


TABLE 2. Elemental compositions of the New Caledonian limonite samples.

[image: Table 2]
Mineralogical analysis supported chemical analysis of the limonite samples. XRD analysis of NC1 limonite identified the following crystalline phases: hornblende, talc, goethite, chlorite, haematite, smectite, glauconite, and magnetite (Figure 1). While the manganese concentration in this sample was relatively low and no Mn oxide/oxy-hydroxide minerals were identified with XRD, Mn minerals (mainly asbolane-lithiophorite intermediates), along with chromite, were identified using SEM-EDX. No silicate or carbonate phases were detected in NC2 using XRD, reflecting its low Si, Ca, and Mg contents. Its XRD pattern was almost identical to that of a pure goethite standard, which was the main crystalline phase detected (Figure 1). In addition, a small amount of gibbsite was detected by XRD. The manganese content of NC2 limonite (9.2 g kg–1) was about twice that of NC1 (4.5 g kg–1), and again while no Mn-oxide/oxy-hydroxide minerals were identified with XRD, they were (along with chromite) identified using SEM-EDX. The XRD pattern of NC2<50 was very similar to that of NC2.
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FIGURE 1. X-ray powder diffraction patterns of NC1 (top) and NC2 (bottom). Chlo-chlorite, Gth-goethite, Tlc-talc, Gbs-gibbsite, *-hornblende.


The mineralogy of Co-rich grains in sample NC1 was investigated using an analytical SEM Zeiss EVO. Distinct and liberated Mn and Co rich grains were identified. SEM-EDX analysis revealed Co to Ni ratios varying from 0.2 to 1.5 with Co concentrations averaging 5.7 wt% (1.1–9.6 wt%) and Ni 7.3 wt% (1.9–11.4 wt%), Fe 7.8 wt%, (2.8–13 wt%) Mn 24.3 wt% (18–31 wt%), and Al 5.1 wt% (1.8–9.8 wt%), with no other elements detected in substantial quantities (above 0.5 wt%). Based on their chemical composition these grains were classified as asbolane-lithiophorite intermediates.

SEM-EDX analysis of NC2 limonite found that Fe-oxide grains were ubiquitous, as expected from chemical and XRD analysis. SEM imaging revealed this phase to be very porous while Quantitative EMPA combined with SEM-EDX analysis (analytical totals, Fe content and trace element chemistries) indicated that Fe-oxides were mostly goethite with some haematite present (as supported by XRD analyses). Fe-oxides contained Si, Al, and small quantities of Ni and Cr, though Co was not detected in this phase using SEM-EDX (detection limit 0.3–0.4 wt%). In addition, small chromite grains were also identified with SEM and found to be distributed throughout the sample. Manganese-rich phases were observed as either very small inclusions in goethite grains or as very fine veins within the porous goethite matrix. Two types of Mn oxy-hydroxides were identified in NC2 limonite, a hydrated cryptomelane (a K-bearing hollandite group Mn-oxide) and asbolane-lithiophorite intermediate. The Mn oxy-hydroxides were quantitatively analysed to measure the Co content, and for cryptomelane this was found to vary from 0.13 to 0.34% with an average of 0.27 wt%. Other elements detected in this phase were K (average of 3 wt%), Fe (average of 7.3 wt%) and Al, Ni, Na, Ba (all below 0.5 wt%). The asbolane-lithiophorite intermediates were found to have almost equal concentrations of Co (average of 7.4 wt% and ranging 2.8–9.8 wt%) and Ni (average of 8.1 wt% and ranging 3.7–11 wt%). Other elements detected in these phases were Al (average of 3.4 wt% and ranging 2.4–4.1 wt%), Fe (average 9.1 wt% and ranging 4.4–18.8 wt%), Na and Mg (<0.5 wt%).



Bioleaching New Caledonian Limonites

In Experiment (I) where bioleaching of 10% w/v NC1 limonite added at the start of the experiment was tested, it was noted that redox potentials increased from ∼ +750 mV to over +900 mV very soon after addition of the ore and that similar redox potential values (+875–+902 mV) were maintained throughout the 30-day experiment (Figure 2A). pH values also increased quickly after adding limonite (from 1.5 to 1.8) but returned to the pre-set value as sulphuric acid was pumped into the reactor; ∼140 mmoles of sulphuric acid were consumed in maintaining the pH of the reactor over the course of experiment (I). Concentrations of soluble Fe (II) were consistently very low (∼28 mg L–1) whereas those of Fe (III) increased during the experiment, reaching ∼950 mg L–1 by day 30 (Figure 2B). Analysis of soluble metals showed limited solubilisation of iron (4%), manganese (13%), chromium (4%), and nickel (12%) over the course of this experiment, though more extensive dissolution of cobalt (41%) (Figure 2C). Qualitative phase contrast microscopic examinations of mineral suspensions taken from the reactor showed that cell numbers decreased dramatically during the first few days of experiment, and no cells were observed on day 30.
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FIGURE 2. Changes in (A) redox potentials, (B) concentrations of ferrous iron ([image: image]) and total iron ([image: image]), and (C) concentration of metals [cobalt ([image: image]); nickel ([image: image]); manganese ([image: image])] during the bioleaching of NC1 limonite added at 10% (w/v) solids density at time 0 (experiment I).


In contrast to data recorded in experiment (I), incremental addition of NC1 limonite to the reactor vessel in experiment (II) resulted in the development of reducing conditions, evidenced by redox potentials declining to +630–+650 mV shortly after each addition of the ore (Figure 3A) and the presence of large concentrations of ferrous iron. Concentrations of total soluble iron gradually increased during the experiment, reaching ∼4,700 mg L–1 by day 50, of which 70–90% was present as Fe (II) (Figure 3B). Incremental addition of limonite also resulted in far greater solubilisation of both cobalt (94%) and manganese (86%) than in experiment (I) (Figure 3C), and dissolution of both nickel (31%) and iron (15%) were also marginally greater than in experiment (I). About 8% of the total amount of chromium in NC1 limonite (∼86 mg L–1) was leached during the course of the experiment. About 4-times more sulphuric acid (∼566 mmoles) was required to maintain the bioreactor pH at 1.5 in experiment (II) than in experiment (I). Microscopic examination of mineral suspensions showed that cell numbers began to decrease from day 29 and, again, no cells were observed at the end of this experiment.


[image: image]

FIGURE 3. Changes in (A) redox potentials, (B) concentrations of ferrous iron ([image: image]) and total iron ([image: image]), and (C) concentrations of metals [cobalt ([image: image]); nickel ([image: image]); chromium ([image: image]); manganese ([image: image])] during bioleaching of NC1 limonite added incrementally to a final solids density of 15% w/v (experiment II). Downward-pointing arrows indicate times at which NC1 limonite was added to the reactor vessel.


In the two bioleaching experiments (III and IV) carried out with NC2, ferrous sulphate was added before limonite, which was added incrementally. In experiment (III), the addition of ferrous sulphate caused the redox potential of the sulphur suspension to decline from +780 to +620 mV, but this increased (to +678 mV) following the addition of 1% (w/v) NC2 limonite. After 7 days, the redox potential had fallen to ∼ +620 mV corresponding to >90% of soluble iron being present as Fe (II) (Figure 4), and more NC2 was added to the reactor (to 5% w/v, in total). This caused the redox potential to increase to > +700 mV, and this remained at ∼ +690 mV, corresponding to ∼55% of total soluble iron present as Fe (II), over the next 7 days. Adding a further 5% (w/v) of NC2 limonite (5%, w/v) at day 14 caused the redox potential to increase to >+800 mV, and the mineral leachate remained at similar relatively high values for the duration of this experiment. Again, solubilisation of cobalt (73%) and manganese (63%) exceeded that of nickel (15%) and iron (2.5%) (Figure 4C). Concentrations of soluble chromium reached 310 mg L–1, corresponding to about 15% of that present in NC2 limonite being solubilised in this experiment. Far less sulphuric acid (∼180 mmoles) was consumed in this experiment than in experiment (II). Cell numbers declined dramatically after the third addition of NC2 limonite (10% w/v solids density, in total) and no cells were observed in the mineral leachate from day 26 onwards.
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FIGURE 4. Changes in (A) redox potentials, (B) concentrations of ferrous iron ([image: image]) and total iron ([image: image]), and (C) concentrations of metals [cobalt ([image: image]); nickel ([image: image]); chromium ([image: image]); manganese ([image: image])] during bioleaching of NC2 limonite added incrementally to a reactor vessel to a final solids density of 10% w/v (experiment III). Downward pointing arrows indicate times at which NC2 limonite was added to the reactor vessel.


The amount of ferrous iron added initially to the reactor was increased to 5 mmoles L–1 in experiment (IV), in an attempt to offset further a potential inhibition of microbial activity due to chromium (VI), as discussed below [Fe (II) reduces Cr (VI) to Cr (III)]. In this experiment, redox potentials initially followed a similar trend to those in experiment (III), decreasing from +850 to +620 mV after adding ferrous sulphate then increasing to +645 mV after the first addition of limonite (to 0.5% w/v). As in experiment (III), redox potentials become more positive following further additions of NC2 limonite and subsequently declined [due to microbial reduction of Fe (III)], stabilising at < +650 mV (Figure 5).
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FIGURE 5. Changes in (A) redox potentials, (B) concentrations of ferrous iron ([image: image]) and total iron ([image: image]), and (C) concentrations of metals [cobalt ([image: image]); nickel ([image: image]); chromium ([image: image]); manganese ([image: image])] during bioleaching of NC2 limonite, added incrementally to the reactor vessel to a final solids density of 15% w/v (experiment IV). Downward pointing arrows indicate times at which NC2 limonite was added to the reactor vessel.


Concentrations of most soluble metals analysed were higher in experiment (IV) than in experiment (III) due at least in part to the greater final solids’ density used (Figure 5C), though in terms of percentage extraction these were similar in both experiments [72% Co, 80% Mn, 12% Ni, and ∼ 3% Fe in experiment (IV)]. One notable exception was chromium, where concentrations in experiment (IV) peaked at 160 mg L–1, corresponding to net solubilisation of 4.5% of this metal, both values being far below those found in experiment (III). Significantly more sulphuric acid (280 mmoles) was consumed in experiment (IV) than in experiment (III) (180 mmoles). Microscopic examinations showed that the number of cells again gradually declined with time, though in contrast to experiment (III), a small number of cells were still observed in mineral leachates after 18 days. In addition, it was noted that coccoid archaeal cells were far more abundant than bacterial rods.



Abiotic Leaching of New Caledonian NC2 Limonite

Experiment (V) acted both as an abiotic control and a means to determine how much ferrous iron was required to react with the more readily reducible minerals [chiefly manganese (IV) minerals] and (potentially) chromium (VI). As shown in Figure 6A, each addition of ferrous sulphate caused the redox potential of the limonite suspension to fall, though this subsequently increased as the ferrous iron was oxidised to ferric iron. All of the ferrous iron added on the first two occasions was completely oxidised, though there was some (∼3.4 mmoles L–1) remaining 48 h after the third addition of ferrous iron (Figure 6B). The amount of ferrous iron consumed on reacting with NC2 limonite at pH 1.5 was equivalent to ∼177 mmoles kg–1 of limonite. Concentrations of metals (Co, Ni, Mn, and Cr) rapidly increased after the addition of NC2 limonite (15% w/v solids density) to the reactor vessel containing 10 mmoles L–1 ferrous sulphate (Figure 6C). Subsequent additions of ferrous sulphate (at 21 and 44 h) caused short-term falls in metals concentrations, though these increased again with time. In contrast, most of the chromium extracted from NC2 was solubilised by acid within the first 2 h of the experiment and appeared to be little affected by later additions of ferrous iron. During the course of experiment (V), ∼70% of both cobalt and manganese were extracted from NC2 limonite, and smaller amounts of nickel (10%) and chromium (3%). The mass balance of iron, taking into account that added as ferrous sulphate, indicated that ∼ 3% of the iron in the limonite sample had been solubilised. Table 3 summarises the percentage of metals extracted in each of the five experiments.


[image: image]

FIGURE 6. Changes in (A) redox potentials, (B) concentrations of ferrous iron ([image: image]) and total iron ([image: image]), and (C) concentration of metals [cobalt ([image: image]); nickel ([image: image]); chromium ([image: image]); manganese ([image: image])] during abiotic ferrous iron leaching of NC2 limonite at pH 1.5 and 15% (w/v) solids density [experiment (V)]. Downward pointing arrows indicate the three occasions when ferrous sulphate was added to the reactor (to 10 mmoles L–1).



TABLE 3. Percentage of metals extracted in bioleaching experiments (I)–(V) and the abiotic leaching experiment (V).
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Mineralogical Analysis of the (Bio)Leached Limonite Residues

X-ray powder diffraction patterns of NC1 residues showed that the chlorite peak intensity was either greatly reduced or no longer detected after bioleaching this limonite (Figure 7). In contrast, the peak intensity ratios for goethite, hornblende and talc indicated that bioleaching had caused no major changes to these phases. No major differences were observed in the XRD patterns of the raw and bioleached NC2 limonite (Figure 8). Elemental sulphur, which was added to provide the electron donor for the bioleaching acidophiles was identified in residues of both NC1 and NC2 limonite.
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FIGURE 7. X-ray powder diffraction pattern of raw NC1 limonite (bottom), and bioleached NC1 residues from experiment (I) (middle) and experiment (II) (top). Key: Chlo-chlorite, Gth-goethite, Tlc-talc, *-hornblende. Peak positions marked for goethite (red) and sulphur (black).
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FIGURE 8. X-ray powder diffraction patterns of raw NC2 limonite (bottom), and (bio) leached NC2 residues from experiment (IV) (middle) and experiment (V) (top). Peak positions marked for goethite (red) and elemental sulphur (black).


Comparison of raw and bioleached NC1 and NC2 limonite from SEM analysis (Figures 9, 10) showed that iron and chromium were abundant in both (representing Fe oxy-hydroxides and chromite) but that there was a significant reduction in abundance of Mn-rich grains in the bioleached residues, supporting chemical analysis of the leachate liquors.


[image: image]

FIGURE 9. SEM-EDX maps of (A) raw, and (B–D) bioleached NC1 limonite, indicating the distribution of iron (blue, representing Fe oxy-hydroxides), chromium (green, representing chromite), manganese (red, representing Mn oxy-hydroxides), and silicon (yellow, representing silicates) overlaid on the backscattered electron image (BSE) of the mapped area. Images (B,C) are residue samples from experiment (I) [with image (C) illustrating the distribution of sulphur in red] and image (D) is from experiment (II). The lower images (E,G) are X-ray elemental maps of manganese in each sample: (E) raw NC1, (F) residue from experiment (I), (G) residue from experiment (II).
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FIGURE 10. SEM-EDX maps of (A) raw, and (B) bioleached [experiment (IV) NC2 limonite, indicating the distribution of iron (green, representing Fe oxy-hydroxides), chromium (blue, representing chromite), manganese (red, representing Mn oxy-hydroxides) overlaid on the BSE image of the mapped area.




Chromium Deportment and Speciation in NC1 and NC2 Limonites

The total chromium content of NC2 limonite (2%) was greater than that of NC1 (0.83%) (Table 2) and, although no primary Cr minerals were identified with XRD, chromite [were the metal is present as Cr (III)] was identified in both samples using SEM-EDX. Chromium was also found as a trace element in Fe oxides in both limonites as well as in hornblende in NC1 limonite. The mean (and range) values of total chromium detected in NC1 were 0.25 wt% (0.03–0.91%) in hornblende, 2.83 wt% (0.14–4.75%) in haematite, and 1.17 wt% (0.02–4.75%) in goethite grains. In NC2 limonite no silicates were identified, and all of the chromium was distributed between chromite and Fe oxides. The Fe oxides as a group can be rationalised as goethite with an average of 0.21 wt% (in the range 0.03–1.38 wt%) and haematite with an average of 0.18 wt% Cr (in the range 0.03–1.93%).

Figure 11 shows the pre-edge region of the Cr K-edge XANES spectra for NC1 and NC2 limonite with that from a limonite sample from the Ag Ioannis Mine (LAR4), Greece (Santos et al., 2020). XANES analysis revealed that these features comprised two distinct components, with maxima at ∼5990 eV and ∼5993 eV. The normalised intensity of the peak at ∼5993 eV is known to be an excellent indicator of the presence of chromium (VI) (e.g., Peterson et al., 1997; Huggins et al., 1999). The relative intensities of these two peaks vary, to a small degree, depending on the deportment of chromium (III) between chromite, goethite, and haematite, with the latter two producing pre-edge features comprising two peaks of equal intensity (Fandeur et al., 2009). The pre-edge feature for the Greek limonite resembled closely that of chromite, with a small contribution from chromium (III) in Fe-oxides, whereas the peak intensity at 5993 eV was seen to be significantly greater in the New Caledonian limonites, especially NC2 and NC2<50 samples. This is strongly indicative of the presence of chromium (VI) in both NC1 and NC2 limonites (Fandeur et al., 2009). Using beamline specific methods similar to those described by Peterson et al. (1997) and Fandeur et al. (2009), the proportion of chromium that is present as Cr (VI) in NC1, NC2, and NC2<50 was estimated to be 3.1% (±0.04), 6.6% (±0.1), and 8.0% (±0.2), respectively.
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FIGURE 11. Comparison of the extracted pre-edge features of the normalised XANES spectra for NC1 and NC2 limonites from Penamax (New Caledonia) and a limonite sample from Ag Ioannis Mine (LAR4), Greece (described by Santos et al., 2020).




Speciation of Chromium in Acid Leachates of NC2<50 Limonite, and Toxicities of Leachate to Iron-Oxidising Acidophilic Bacteria

Table 4 compares the chemistries of liquors obtained by leaching NC2<50 limonite with dilute sulphuric acid (pH 0.5) containing 100 mM of either magnesium sulphate or ferrous sulphate. While about half of the soluble iron present in the ferrous sulphate leach liquor had been oxidised to ferric (discounting the ferrous iron that would have arisen from the acid dissolution of ferrous iron-containing minerals), the redox potential of this leachate was far less positive than that of the acidic magnesium sulphate leachate, where >99% of the soluble iron was present as iron (III). The higher pH of the ferrous iron leachate can be accounted for by ferrous iron reduction of manganese hydrous oxides, which is an acid-consuming reaction. Much more manganese was leached from the limonite using the acidic ferrous sulphate solution, as were also cobalt and nickel, both of which are associated with Mn oxy-hydroxides. Whereas concentrations of total soluble chromium were greater in the acidic ferrous sulphate extracts, chromium (VI) was not detectable, in contrast to the acidic magnesium sulphate extract.


TABLE 4. Comparison of leachate chemistries obtained by treating 20% (w/v) NC2<50 limonite with pH 0.5 sulphuric acid solutions containing 100 mM magnesium sulphate or ferrous sulphate.
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The two leachates were very different in their apparent toxicities to iron-oxidising acidophiles. Ferrous iron oxidation occurred in cultures containing the magnesium suphate leachate diluted 10-fold (or more) but not in those where it was diluted fivefold. In contrast, no bacterial iron oxidation was observed in cultures containing the ferrous iron leachate diluted 50-fold or less, though it did occur when it was diluted 100-fold.




DISCUSSION

Conventional biomining operations involve using acidophilic microorganisms to accelerate the oxidative dissolution of sulphide minerals, thereby either solubilising target metals such as copper (bioleaching) or allowing associated metals such as gold to be accessed by chemical lixiviants (bio-oxidation), and are mostly carried out in dumps, aerated heaps, and stirred tanks (Johnson, 2014). In contrast, oxidised ores require microorganisms to reduce metals (chiefly iron) to accelerate the reductive dissolution of minerals such as goethite and asbolane and uses acidophilic populations that couple the oxidation of sulphur to the reduction of ferric iron allows the metals released to remain in solution, facilitating their downstream recovery. Reductive mineral dissolution is favoured by anoxic conditions, though aerobic pure cultures of some sulphur-oxidising acidophiles can also promote the reduction of ferric iron (Marrero et al., 2015; Johnson et al., 2021).

Limonitic laterite samples from diverse global locations have been found to be amenable to reductive bio-processing, though most reported laboratory tests have been carried out in stirred bioreactors at relatively low (2.5–5% w/v) solids density (e.g., Hallberg et al., 2011; Ñancucheo et al., 2014; Smith et al., 2017; Santos et al., 2020). In the current study, NC1 limonite added en bloc at 10% (w/v) completely inhibited the microbial reduction of iron, allowing only acid dissolution to occur (Figure 2). The fact that incremental addition of NC1 limonite facilitated reductive dissolution to occur as evidenced both by lower EH values of leachates (Figure 3A) and far greater consumption of acid (reductive dissolution of goethite and Mn oxy-hydroxides are proton-consuming reactions) suggested that a component of this limonite was acid-leached to an inhibitory concentration at 10% w/v but not at smaller solids densities, and that the ferrous iron generated by sulphur-oxidising bacteria in the absence of oxygen removed the inhibiting reagent to at least some degree. The latter hypothesis was supported by bioleaching experiments carried out with NC2 limonite, where adding ferrous sulphate to the bioreactor ahead of the limonite promoted reductive bio-processing, more so when added at 5 mmoles L–1 (Figure 5) than at 2 mmoles L–1 (Figure 4). Chromium (VI) was considered as a possible primary agent responsible for the observed inhibition of microbial iron reduction in the bioreactors. This exists mostly in the form of soluble, oxy-anionic HCrO4– in low pH, high redox potential liquors, and is extremely toxic to acidophiles (Johnson et al., 2017). Ferrous iron is well known to reduce chromium (VI) to far less biotoxic chromium (III), and this appears to be why this form of iron, generated either biologically or added independently circumvented the problem of Cr (VI) inhibition of reductive bio-processing of these Penamax limonites. The data suggested that it is critical that chemical chromium (VI) reduction proceeds rapidly, in order not to expose the bioleaching bacteria to this oxy-anion, which causes their rapid inactivation.

The presence of chromium (VI) in limonites from New Caledonia was previously reported by Fandeur et al. (2009) who found that up to 25% of total chromium in a limonite deposit (Koniambo) situated 27 m below the land surface was present as chromium (VI) and that this value reached 33% in some localised points. They postulated that this arose within the limonite from the oxidation of chromium (III) by Mn oxy-hydroxides and suggested that the chromium (III) was released from the Fe-oxides located at Mn-oxyhydroxide boundaries and oxidised to chromium (VI) before being adsorbed to the surfaces of the surrounding Fe-oxides. There is no evidence that acidophilic (or other) microorganisms are able to oxidise chromium (III) to chromium (VI) (Johnson et al., 2017), and there was no evidence of chromite dissolution in the current (bio)leaching experiments. This suggests that, in the natural environment, the localised dissolution of Cr-bearing Fe-oxides followed by oxidation of Cr (III) and subsequent adsorption of chromate on a mineral (Fe-oxide) surface may well be the source of the chromium (VI) present in the raw Penamax limonites. Also noteworthy is that NC2<50 limonite which would have had a higher mineral surface area than the <100 μm bulk NC2 material had a noticeably higher proportion of chromium (VI), even though it had a smaller total Cr content. The analytical data that showed that NC2 limonite contained about twice the amount of Mn oxy-hydroxides (Table 2) and substantially more chromium (VI) than NC1 limonite (Figure 11) also support the hypothesis of Fandeur et al. (2009).

Additional evidence of the presence of chromium (VI) in NC2 limonite came from analysis of acid extracts that contained either magnesium sulphate or ferrous sulphate. The redox potential of the former was 235 mV more positive than the latter, reflecting primarily differences in iron concentrations and speciation in the two extracts (Table 4). While the published standard E0′ of the Cr (VI)/Cr (III) couple is +1.33 V, the measured E0′ in acidic sulphate-rich liquors has been reported to be somewhat less positive, at ∼ +0.840–+0.895 V (Johnson et al., 2017). This implies that chromium (VI) would have been stable in the high redox potential acidic magnesium sulphate extracts, which was found to be the case, though chromium (VI) concentrations in the far lower EH acidic ferrous sulphate extracts were below detection limits (Table 4).

Incremental addition of NC1 limonite to the bioreactor and development of a relatively low redox potential leachate liquor (Figure 3) allowed far more cobalt and manganese, and also more nickel and iron, to be solubilised than when a single addition (at 10%, w/v) was made. The reductive dissolution of Mn oxy-hydroxides, and release of associated cobalt and nickel, would have been catalysed by the ferrous iron generated by the acidophilic microbial consortium, and the dis-equilibrium caused in iron chemistry would have induced more rapid acid dissolution of the goethite phase which would have also contributed to soluble nickel in the leachates (Hallberg et al., 2011). In addition, ferrous iron released from dissolution of acid-labile minerals such as chlorite would have also contributed to the reductive dissolution of Mn oxy-hydroxides, and presumably also to the reduction of some of the soluble Cr (VI) released by acid dissolution.

Ferrous iron was effective at reducing Cr (VI) and thereby removing the inhibition of limonite bioleaching caused by HCrO4–. However, and somewhat paradoxically, the leachate liquors generated by leaching NC2<50 limonite with an acidic lixiviant containing 100 mM ferrous sulphate was far more inhibitory to microbial iron oxidation than a control solution that contained 100 mM magnesium sulphate. The reason for this was not apparent. The osmotic potentials of the two extracts were similar, as were concentrations of many of the soluble metals analysed (with the notable exceptions of manganese, cobalt and nickel), but all of which were (individually) well below the upper levels tolerated by iron-oxidising acidophiles (e.g., Norris et al., 2020). It is possible that combinations of elevated concentrations of two of more of these metals were responsible for the observed microbial toxicity, though the fact that between 50- and 100-fold dilution of the ferrous sulphate extracts was required to obviate its inhibition of iron oxidation suggests that the agent(s) responsible were acutely toxic and not (as was HCrO4–) transformed to less inhibitory forms by reaction with ferrous iron. Research into this unexpected finding is continuing.

The potential impact of this work in the development of reductive bio-processing of oxidised ores, such as Penamax limonite, that contain relatively large amounts of highly toxic oxy-anions (hydrogen chromate in the current instance) that are readily extracted by mineral acid, is highly significant. The key reaction in the process is microbial ferric iron reduction, and if this is retarded or completely inhibited [as in experiment (I)], metals are solubilised from limonite by acid dissolution alone, which is less effective (e.g., Hallberg et al., 2011). Ferrous iron reduces Cr (VI) to less toxic Cr (III) and it is pertinent that the first stage in a published biohydrometallurgical concept for processing limonitic laterites (the Ferredox process; du Plessis et al., 2011) involves recirculating acidic ferrous iron-rich liquor into the reactor where the limonite is reduced, which would eliminate the chromium hazard. However, the possibility that acidic ferrous iron lixiviants can produce liquors that are themselves highly biotoxic has implications for the choice of techniques used for downstream processing.



CONCLUSION

Reductive bioleaching of limonitic laterites may be inhibited by Cr (VI), released by dissolution of this oxy-anion in acidic liquors. The inhibition can be partially or completely eliminated by either adding ferrous iron to reduce Cr (VI) to less toxic Cr (III), or by incremental addition of limonite, whereby ferrous iron produced by microbial reduction of ferric iron released by acid dissolution again catalyses the reduction of Cr (VI). Acidic ferrous iron extracts of limonites can also be highly biotoxic due to factors that are currently not known.
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Correlation Between Fe/S/As Speciation Transformation and Depth Distribution of Acidithiobacillus ferrooxidans and Acidiphilium acidophilum in Simulated Acidic Water Column
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It is well known that speciation transformations of As(III) vs. As(V) in acid mine drainage (AMD) are mainly driven by microbially mediated redox reactions of Fe and S. However, these processes are rarely investigated. In this study, columns containing mine water were inoculated with two typical acidophilic Fe/S-oxidizing/reducing bacteria [the chemoautotrophic Acidithiobacillus (At.) ferrooxidans and the heterotrophic Acidiphilium (Aph.) acidophilum], and three typical energy substrates (Fe2+, S0, and glucose) and two concentrations of As(III) (2.0 and 4.5 mM) were added. The correlation between Fe/S/As speciation transformation and bacterial depth distribution at three different depths, i.e., 15, 55, and 105 cm from the top of the columns, was comparatively investigated. The results show that the cell growth at the top and in the middle of the columns was much more significantly inhibited by the additions of As(III) than at the bottom, where the cell growth was promoted even on days 24–44. At. ferrooxidans dominated over Aph. acidophilum in most samples collected from the three depths, but the elevated proportions of Aph. acidophilum were observed in the top and bottom column samples when 4.5 mM As(III) was added. Fe2+ bio-oxidation and Fe3+ reduction coupled to As(III) oxidation occurred for all three column depths. At the column top surfaces, jarosites were formed, and the addition of As(III) could lead to the formation of the amorphous FeAsO4⋅2H2O. Furthermore, the higher As(III) concentration could inhibit Fe2+ bio-oxidation and the formation of FeAsO4⋅2H2O and jarosites. S oxidation coupled to Fe3+ reduction occurred at the bottom of the columns, with the formations of FeAsO4⋅2H2O precipitate and S intermediates. The formed FeAsO4⋅2H2O and jarosites at the top and bottom of the columns could adsorb to and coprecipitate with As(III) and As(V), resulting in the transfer of As from solution to solid phases, thus further affecting As speciation transformation. The distribution difference of Fe/S energy substrates could apparently affect Fe/S/As speciation transformation and bacterial depth distribution between the top and bottom of the water columns. These findings are valuable for elucidating As fate and toxicity mediated by microbially driven Fe/S redox in AMD environments.

Keywords: Fe/S/As speciation transformation, Fe/S redox reactions, Acidithiobacillus ferrooxidans, Acidiphilium acidophilum, acid mine drainage


INTRODUCTION

Arsenic (As) pollution in acidic environments has been a global concern due to its harmfulness to the ecosystem and human health. The toxicity of As is determined by its speciation and occurrence forms that usually change with the variation of physicochemical properties of the surrounding environments (Cheng et al., 2009; Herath et al., 2016). Compared with arsenate [As(V)], arsenite [As(III)] is more difficult to remove from water and is generally considered to be more toxic (Kochhar et al., 1996). Microbially mediated dissolution of As-containing sulfide minerals, such as arsenopyrite (AsFeS), löllingite (FeAs2), and skutterudite [(Co, Ni)As3–x] (Corkhill and Vaughan, 2009; Drahota and Filippi, 2009; Johnson et al., 2020), is the main source for As contamination, in which microbially mediated iron/sulfur (Fe/S) redox reactions drive As speciation transformation to As(III) vs. As(V) as well as As release and thus As toxicity (Smedley and Kinniburgh, 2002; Burton et al., 2013; Wang et al., 2020).

On the one hand, during the oxidative dissolution of As-containing sulfide minerals driven by microbial Fe/S oxidation in acidic environments such as acid mine drainage (AMD) sites, a series of iron/sulfur-containing intermediates and secondary products are formed, e.g., orpiment (As2S3), jarosite (M[Fe3(OH)6(SO4)2], M = K+, Na+, NH4+, or H3O+), scorodite (FeAsO4⋅2H2O), and schwertmannite [Fe8O8(OH)8–2x(SO4)x (where 1 ≤ x ≤ 1.75)], leading to changes in As speciation and occurrence forms due to As adsorption to or coprecipitation with the Fe/S secondary products (Zhang et al., 2019; Tabelin et al., 2020; Battistel et al., 2021). On the other hand, several acidophilic bacteria and archaea in acidic environments as well as neutrophilic Fe(III)- and sulfate-reducing bacteria (IRB and SRB, e.g., Shewanella and Desulfovibrio, respectively) in pH-neutral and mildly alkaline environments can lead to the reductive dissolution of Fe(III) minerals with the formation of Fe/S secondary products, such as mackinawite (FeS) and siderite (FeCO3), with a release of As species and the reduction of As(V) to As(III) (Drahota et al., 2013; Wang et al., 2016; Hedrich and Schippers, 2021).

It is well known that in acidic AMD environments, the gradients of pH, redox potential (ORP), dissolved oxygen (DO), and ion concentrations can significantly affect the microbial community and Fe/S redox activities (Chen et al., 2016; Han et al., 2018; Liu et al., 2019). For instance, in mill tailings, which can present a heterogeneous environment with extreme physicochemical properties, pH is primarily responsible for shaping the whole microbial community structure (Korehi et al., 2014; Liu et al., 2014). Besides, the secondary products formed due to microbial Fe/S redox cycling in AMD environments vary considerably at different pH values; e.g., schwertmannite is formed at pH 3–4.5, but jarosite is more easily formed at pH < 3, and goethite (α-FeOOH) is generated at pH > 5 (Acero et al., 2006; Liao et al., 2009). Many studies have found that Fe-containing secondary minerals are suitable in removing As pollution due to their great adsorption efficiency to As. For example, schwertmannites can remove significant fractions of As(III) (>97%) from contaminated water, and their As(III) sorption behavior was strongly affected by the different synthesis pathways (Paikaray et al., 2011). However, how microbial communities and the Fe/S redox reactions they catalyze affect Fe/S speciation has not yet been fully described. Also, the links between Fe/S speciation transformations and As fate have rarely been studied.

The water column system could be an effective way to control water levels (Tokunaga et al., 2018). In the present study, we used acidic water columns to evaluate the links above. To the water columns, we inoculated the mixture of the chemoautotrophic Acidithiobacillus ferrooxidans (At. ferrooxidans) and the heterotrophic Acidiphilium acidophilum (Aph. acidophilum) and added three energy substrates, Fe2+, S0, and glucose, as well as two concentrations of As(III) (2.0 and 4.5 mM). Through monitoring Fe/S/As speciation transformations and the dynamic change in the microbial community along the depths of the water columns, we comparatively investigated their correlations at three different depths of the water columns. These two strains are widely occurring together in AMD environments (Hedrich and Schippers, 2021) and have been commonly used to simulate the bioleaching of metal sulfide minerals under acidic conditions (Liu et al., 2011; Liu, 2013). This work could be valuable in elucidating As transformations mediated by microbially driven Fe/S redox in AMD environments.



MATERIALS AND METHODS


Bacterial Strains and Culture Conditions

The strains At. ferrooxidans ATCC 23270 (NR_041888) and Aph. acidophilum ATCC 27807 (NR_036837) used in this study were provided by the Key Laboratory of Biometallurgy of the Ministry of Education of China, Changsha, China. The strain ATCC 23270 is an obligately autotrophic organism. It can use Fe2+, H2, S0, and other reduced sulfur compounds as energy substrates for growth under aerobic conditions and use H2 or S0 under anaerobic conditions by using Fe3+ as the electron acceptor. The strain ATCC 27807 is a facultative heterotrophic organism. It can use glucose and inorganic reducing sulfur compounds as energy substrates and grow aerobically or anaerobically with O2 or Fe3+ as the electron acceptor (Johnson and Bridge, 2002; Ohmura et al., 2002; Liu et al., 2011). In this experiment, we used the coculture of At. ferrooxidans and Aph. acidophilum as a mixed bacterial consortium.

Before the simulated column experiment, At. ferrooxidans and Aph. acidophilum were domesticated for several generations. At. ferrooxidans was cultured in 9K basal medium containing 44.7 g/L Fe2+ and 10 g/L S0, and Aph. acidophilum was cultured in 9K basal medium with 1 g/L glucose and 0.1 g/L Fe3+ with an initial pH of 2.5. The chemical components for 9K basal medium were as follows (per liter): (NH4)2SO4, 3 g; K2HPO4, 0.5 g; MgSO4⋅7H2O, 0.5 g; KCl, 0.1 g; and Ca(NO3)2, 0.01 g.



Simulated Column Experiment

The simulated column experiment was performed in 10 self-made water columns (nine for the experiment group and one for the sterile control) with 1.15 m height, 0.12 m inside diameter, and 0.01 m thickness of the column wall (Supplementary Figure 1). For sampling at three depths of the columns (15, 55, and 105 cm), each column was equipped with three hollow tubes (1 mm inner diameter) on the inner wall. Before being added to each column of the experiment group, the sterilized 9K basal medium (11.9 L) containing 44.7 g/L FeSO4, 1 g/L Fe2(SO4)3, 10 g/L S0, and 1 g/L glucose was mixed well with 0, 3.09, or 6.96 g analytical-grade NaAsO2 in a sterile beaker, with a final As(III) concentration of 0, 2.0, or 4.5 mM, respectively. The three resulting media were adjusted to pH 2.5 with 1 M H2SO4 and inoculated with the mixture of At. ferrooxidans (2.5 × 107 cells/ml) and Aph. acidophilum (2.5 × 107 cells/ml) and then poured into the water columns (each up to 1.05 m). The water columns were then sealed by sterile vented films (0.2–0.3 μm) and cultured under the static condition at room temperature for 144 days. For each concentration of As(III), the water column experiment was performed in triplicate. The columns with 0, 2.0, and 4.5 mM NaAsO2 added were assigned to Col_0, Col_2.0, and Col_4.5, respectively. The uninoculated water column control was filled with the above medium without NaAsO2, and it was used to measure the oxygen concentration at three depths of the column at days 0 and 60.

During cultivation, pH, ORP, DO, and concentrations of Fe3+, Fe2+, As(III), As(V), and SO42– were monitored for the experiment group columns at three different depths of 15, 55, and 105 cm, representing the top, middle, and bottom sites and assigned as Col/Top, Col/Mid, and Col/Bot, respectively. In order to avoid disturbance to the solution, the DO electrodes were fixed at different depths (15, 55, and 105 cm) before the experiment.



Analytical Methods

During the experiment, the solution samples (2 ml for each) were taken out from the three depth sites by disposable sterile syringes through the hollow tubes at 4-, 5-, or 10-day intervals to determine cell density, concentrations of SO42–, total Fe (TFe), Fe3+, total As (TAs), and As(III). The total cell density was determined by direct counting with a blood corpuscle counter (XB-K-25). [SO42–] was measured by the barium sulfate turbidimetric colorimetric method according to Zhu et al. (2011). [TFe] and [Fe(III)] were determined by 5-sulfosalicylic acid spectrophotometry according to Karamanev et al. (2002). The Fe2+ concentrations were obtained by subtracting [Fe3+] from [TFe]. [As(III)] was analyzed by an atomic fluorescence spectrometer (AFS) (PS Analytical Ltd., Kent, United Kingdom). [TAs] was measured by an inductively coupled plasma-atomic emission spectroscopy (ICP-AES) (IRIS Intrepid II XSP, Thermo Fisher Scientific, United States). The As(V) concentrations were obtained by subtracting [As(III)] from [TAs]. The pH, ORP, and DO values of the solution were monitored in situ by a pH meter (PHS-3C), a platinum electrode with an Hg/HgCl2 reference electrode, and a DO meter (AZ-8403), respectively. The above data were analyzed statistically with Excel 2015 and SPSS 20.0 software and presented in terms of the mean value with the standard deviation (SD) as the error bar from triplicate cultures (n = 3).

Samples for bacterial composition analysis were collected by centrifugation of 20–50 ml solution at three depths of the columns. The V4–V5 region of the 16S rRNA gene was sequenced using an Illumina Nova 6000 platform (Illumina, San Diego, United States) and 250 bp paired-end reads by Magigene Co., Ltd., Guangzhou, China. The raw sequence data were processed with the Cutadapt software to obtain the paired-end clean reads. Then the paired-end clean reads were merged using usearch-fastq_mergepairs according to the relationship of the overlap between the paired-end reads, and the spliced sequences were raw tags. And Fastp was used to control the quality of the raw data by using sliding windows to obtain paired-end clean tags. Subsequently, the remaining sequences were clustered into operational taxonomic units (OTUs) with the UPARSE algorithm (Edgar, 2013). For each representative sequence, the SILVA database was used to annotate taxonomic information by the usearch-sintax with a confidence threshold of 0.8 (Quast et al., 2013). The bacterial abundance of At. ferrooxidans and Aph. acidophilum was obtained by adding all OTUs of the genus Acidithiobacillus and Acidiphilium, respectively. The bacterial composition of At. ferrooxidans or Aph. acidophilum was obtained by multiplying the total cell density by the percentage of the abundance of At. ferrooxidans or Aph. acidophilum. Raw reads are publicly available at the NCBI Sequence Read Archive under BioProject PRJNA7837591.

The suspended matter formed at the top, and the residues at the bottom of the water columns were collected at different times for phase compositions and Fe/S/As speciation analyses by synchrotron radiation X-ray diffraction (SR-XRD), FT-IR spectroscopy, X-ray photoelectron spectroscopy (XPS), and X-ray absorption near-edge structure (XANES) spectroscopy. In detail, the suspended matter formed at the top of the columns was collected when it was visibly formed, while the residues at the bottom were collected on days 8, 40, 74, 100, and 140. The samples for these analyses were dried using a DFZ6050 vacuum drying oven. The SR-XRD was performed on the BL14B1 beamline at the Shanghai Synchrotron Radiation Facility (SSRF), Shanghai, China, with a step of 0.01° and a dwell time of 0.5 s at each point (Xia et al., 2018). The FT-IR spectra were detected using a Fourier transform spectrometer (Nexus 670, Nicolet, United States) in transmittance mode. The FT-IR spectra were recorded over 500–4,000 cm–1 after mixing 0.9 mg of each sample with 80 mg of KBr and pressing the mixture into a pellet (Liu et al., 2021). The XPS spectra were collected using a Thermo Fisher Scientific K-Alpha+ X-ray photoelectron spectrometer using monochromatized Al Kα (1,486.6 eV) radiation as the excitation radiation. All photoelectron binding energies were referenced to C 1 s adventitious contamination peaks set at 285.0 eV. The Fe L-edge and S K-edge XANES analyses were carried out on the 4B7B beamline and 4B7A beamline, respectively, at the Beijing Synchrotron Radiation Facility (BSRF), Beijing, China (Xia et al., 2018). The Fe L-edge XANES spectra data were recorded in total electron yield (TEY) mode at step widths of 0.5 eV from 690 to 700 eV and 0.1 eV from 700 to 928 eV. The S K-edge XANES spectra data were recorded in fluorescence mode at ambient temperature and scanned at a step width of 0.2 eV from 2,450 to 2,520 eV. The XANES spectra were normalized to the maximum of the adsorption jump and fitted by the linear combination of reference spectra with the IFEFFIT program as previously described (Ravel and Newville, 2005).




RESULTS


Cell Growth and Depth Distribution of Acidithiobacillus ferrooxidans and Acidiphilium acidophilum

Cell growth and depth distribution of At. ferrooxidans and Aph. acidophilum varied greatly at three different depths of the water columns without and with additions of 2.0 and 4.5 mM As(III) (Figures 1A–C). For the cases with As(III) added, the cell density at the bottom (Figure 1C) was significantly higher than that at the top and middle (Figures 1A,B) during the whole cultivation; while when no As(III) was added, the cell densities at the top, middle, and bottom showed similar trends, i.e., gradually increased and then rapidly decreased, and the highest value of the cell density followed the order Col/Mid ≈ Col/Bot > Col/Top. By comparing the three cases, it was found that the additions of 2.0 and 4.5 mM As(III) resulted in a significant decrease in the growth rate at the top and middle on days 0–16 and 68–100 (Figures 1A,B), but a significant increase at the bottom on days 24–44 (Figure 1C).
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FIGURE 1. Cell density (A–C) and bacterial composition (D–F) for the top (A,D), middle (B,E), and bottom (C,F) of the water columns without (Col_0) and with additions of 2.0 mM (Col_2.0) and 4.5 mM (Col_4.5) As(III). The initial cell density of At. ferrooxidans and Aph. acidophilum was the same, i.e., 2.5 × 107 cells/ml.


As shown in Figures 1D–F and Supplementary Table 1, when no As(III) was added, the cell density of At. ferrooxidans in the co-culture was much higher than that of Aph. acidophilum on days 8, 40, and 74 at all three depths of the water columns, indicating that At. ferrooxidans was dominant therein, while the proportion of At. ferrooxidans gradually decreased from the top to the bottom on day 140, suggesting that the other species, i.e., Aph. acidophilum, gradually became dominant. The proportion of At. ferrooxidans for the case with 2.0 mM As(III) added, i.e., Col_2.0, at the bottom was higher than that for the case with 4.5 mM As(III) added, i.e., Col_4.5; whereas the cell density of At. ferrooxidans increased from days 8 to 40 and then gradually decreased until day 140 for Col_2.0/Bot and for Col_4.5/Bot, the cell density of Aph. acidophilum showed similar changes.



Changes in pH and Major Ion Concentrations in the Solution

Figure 2 shows the changes in pH and major ion concentrations ([Fe2+] and [Fe3+], [As(III)] and [As(V)]) in the solution for three cases at different depths. It can be seen from Figures 2A–C that the pH values for all cases gradually decreased and that the pH values for the case without As(III) was lower than that with As(III) added on days 30–140, likely due to the inhibition of microbial activity by the added As(III). In the comparison of pH values for the cases with As(III) added, the inhibition effect increased with As(III) concentration added at the middle and the bottom on days 0–32 and 64–140 and at the top on days 0–32 and 90–110, while there was no significant difference for that at other times.
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FIGURE 2. The curves of pH (A–C), [Fe3+] (D–F), and [Fe2+] (G–I) in the solutions at the top (A,D,G,J), middle (B,E,H,K), and bottom (C,F,I,L) of the water columns during cultivation without (Col_0) and with additions of 2.0 mM (Col_2.0) and 4.5 mM (Col_4.5) As(III), and the curves of [As(III)] and [As(V)] (J–L) with additions of 2.0 and 4.5 mM As(III). Error bars represent SD, n = 3.


The changes in [Fe3+] (Figures 2D–F) for three cases showed similar trends on days 0–68, indicating that the Fe redox reactions were not much different for all depths of each case, but the [Fe3+] on days 72–140, however, significantly increased at the top compared with that at the middle and bottom, indicating that differentiation of Fe redox gradually occurred at different depths, which was also consistent with the changes in ORP values in the solution (Supplementary Figure 2). The [Fe2+] (Figures 2G–I) and [SO42–] (Supplementary Figure 3) showed similar trends and changed little for different depths in the case without As(III), while they changed more significantly for that with As(III) added, especially [Fe2+] on days 48–60 for Col_4.5/Bot and on days 48–100 for Col_2.0/Bot, as well as [SO42–] on days 64–68 for Col_4.5/Bot and on days 56–110 for Col_2.0/Bot, which was significantly lower than that for the top and middle of Col_4.5 and Col_2.0, probably due to the formations of Fe- and/or SO42–-containing precipitates.

The [As(III)] (Figures 2J–L) at three different depths of Col_2.0 and Col_4.5 showed a general slightly decreasing trend throughout the time course of the experiment. In the comparison of [As(III)] and [As(V)] at each depth, the results showed that, for the case with 2.0 mM As(III) added, the As(III) at the top, middle, and bottom accounted for 92.1, 90.6, and 90.8% (on average) of the total As content, while for the case with 4.5 mM As(III) added, it accounted for 93.7, 92.8, and 92.0%, respectively. This result showed that As was mainly present in the solution in the form of As(III), indicating that only < 10% As(III) was oxidized to As(V).



FT-IR and X-Ray Photoelectron Spectroscopy Analyses of Surface Suspended Matter

During cultivation, suspended matter formed on the surface of the culture medium in three cases, but the time for forming such matter was quite different, i.e., on day 24 when no As(III) was added and on days 105 and 120 for the cases with the additions of 2.0 and 4.5 mM As(III), respectively (Supplementary Figure 4). The results of FT-IR spectra for the suspended matter (Figure 3A) show a series of bands of potassium jarosite and ammonium jarosite at 3,402, 1,637, 1,427, 1,198, 1,076, 1,001, and 630 cm–1, indicating that the suspended products on the surface were a mixture of potassium jarosite and ammonium jarosite.
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FIGURE 3. FT-IR spectra (A) and XPS spectra of the surface As (B,C), S (D–F), and Fe (G–I) for the surface suspended matter at 24/105, 105, and 120 days of the water columns without (Col_0) and with additions of 2.0 mM (Col_2.0) and 4.5 mM (Col_4.5) As(III), respectively.


The As 3d XPS spectra and their fitted results are shown in Figures 3B,C and Supplementary Table 2, respectively. It is known that XPS spectra are suitable for characterizing the components on the topmost surface (typically < 10 nm) of the target matter. It can be seen from both Figures 3B,C and Supplementary Table 2 that the As species on the surface of suspended matter were composed of As(-I), As(0), As(I)-O, As(III)-O, As(V)-O, and FeAsO4⋅2H2O-like phase (Fantauzzi et al., 2011), which are assigned by the binding energies at 40.9 ± 0.1, 41.8 ± 0.2, 43.2 ± 0.3, 44.1 ± 0.3, 45.1 ± 0.3, and 45.6 eV, respectively. The surface As species compositions for the two cases with As(III) added were quite different, e.g., 7.89% As(-I), 6.17% As(0), 12.07% As(I)-O, 29.95% As(III)-O, 25.77% As(V)–O, and 18.15% FeAsO4⋅2H2O for the case with 2.0 mM As(III) added, while for the case with 4.5 mM As(III) added, they changed to 9.66% As(0), 32.17% As(I)–O, 33.83% As(III)–O, 19.51% As(V)-O, and 4.83% FeAsO4⋅2H2O. The surface iron species were composed of Fe(III) and Fe(II), according to Figures 3G–I. According to the fitting results (Supplementary Table 3), the proportion of Fe(III) species was 40.39% for the case without As(III) added, while it was 27.51 and 24.76% for the cases with 2.0 and 4.5 mM As(III), respectively. The S 2p XPS spectra (Figures 3D–F) were only fitted with one doublet peak of SO42– at 168.5 ± 0.3 eV, which is consistent with the FT-IR results assigning the SO42–-containing jarosites in the suspended matter (Figure 3A).



Fe/S/As Speciation Analyses of the Bottom Residues

During cultivation, the phase composition of the bottom residues was mainly composed of S0 and very few jarosites with little change according to the XRD analysis (Supplementary Figure 5). However, the Fe/S/As speciation analysis results show that the complex Fe/S/As speciation transformations of the bottom residues occurred (Figures 4–7).
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FIGURE 4. Normalized Fe L-edge XANES spectra for the bottom residues during cultivation without (A) and with additions of 2.0 mM (B) and 4.5 mM (C) As(III), where the green and blue bands represent Fe(II) and Fe(III) species, respectively.
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FIGURE 5. S K-edge XANES spectra for the reference samples (A), and the bottom residues during cultivation without (B) and with additions of 2.0 mM (C) and 4.5 mM (D) As(III).
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FIGURE 6. XPS spectra for the surface S of the bottom residues during cultivation without (A–E) and with additions of 2.0 mM (F–J) and 4.5 mM (K–O) As(III) on days 8 (A,F,K), 40 (B,G,L), 74 (C,H,M), 110 (D,I,N), and 140 (E,J,O).
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FIGURE 7. XPS spectra for the surface As of bottom residues during cultivation with additions of 2.0 mM (A–E) and 4.5 mM (F–J) As(III) on days 8, 40, 74, 110, and 140.


The Fe L-edge XANES spectra (Figure 4) and the fitted results (Supplementary Table 4) for the bottom residues show that both the L3-edge and L2-edge contain the Fe(II) and Fe(III) absorption peaks, i.e., Ea (706.8 eV) and Eb (708.3 eV) for L3-edge and Ec (720.1 eV) and Ed (722.1 eV) for L2-edge (Mikhlin and Tomashevich, 2005). When no As(III) was added, the proportion of Fe(II) gradually increased up to 77.62% of the total Fe species on day 74 and then decreased to 14.70% on day 140. For the case with 2.0 mM As(III) added, the proportion of Fe(II) species gradually increased up to 40.09% on day 40 and then decreased to 15.6% on day 140, while for the case with 4.5 mM As(III) added, the proportion of Fe(II) species remained about 50–54% of the total Fe before day 74 and then gradually decreased to 10.71% on day 140. These results suggested that the additions of As(III) can clearly inhibit Fe reduction.

The S K-edge XANES spectra are shown in Figure 5, with the fitted results being given in Supplementary Table 5. In comparison with the reference samples (Figure 5A), it was observed that when no As(III) was added, the intensity of the peak at 2,482.6 eV for SO42– gradually decreased, while the intensity of the peak at 2,472.6 eV for S0 gradually increased, and that there was a slight characteristic peak at 2,479.6 eV associated with sodium thiosulfate on days 74–140 (Figure 5B). For the case with 2.0 mM As(III) added, the proportion of SO42– species gradually decreased to 33.0% on days 8–74 and then increased to 70.2% on day 100 and decreased to 47.1% on day 140, while the proportion of S0 species followed opposite trends; and 19.0% S2O32– species were also detected on day 140 (Figure 5C). For the case with 4.5 mM As(III) added, the proportion of SO42– species gradually decreased to 3.2% and that of S0 species increased to 93.5% on days 8–100, and then the proportion of SO42– species increased to 58.7% and that of S0 species decreased to 24.1% on day 140; there was also 17.2% S2O32– species on day 140 (Figure 5D).

The S 2p XPS spectra for the bottom residues (Figure 6) further show that the surface sulfur species are composed of S2– (162.1 eV), S22– (As-S, 163.1 eV), Sn2– (163.8 eV), S0 (164.6 eV), SO32– (166.5 eV), and SO42– (168.8 eV). The fitted results (Supplementary Table 6) showed that no As(III) added led to a decrease in SO42– and an increase in Sn2–, with a little proportion of S0 and 2.13–2.19% SO32– on days 8–40. Additionally, no S2– was detected throughout the whole experiment. While for the two cases with As(III) added, SO42– was the only sulfur speciation on day 8, and on day 40, S2–, S22–, and Sn2– also appeared. On days 74–140, S22– became the major sulfur species for the case of 4.5 mM As(III). These results suggested that compared with those obtained from samples with no As(III) addition, the sulfur components in the bottom residues for the cases with As(III) added became more complex with the formation of more S22– and S2–, instead of Sn2–.

The As 3d XPS spectra (Figure 7) and fitted results (Supplementary Table 7) for the bottom residues of the cases with As(III) added show that the As species on the surface of bottom residues were composed of the FeAsO4⋅2H2O-like phase (45.6 ± 0.1 eV), As(V)-O (45.1 ± 0.3 eV), As(III)-O (44.1 ± 0.3 eV), As(I)-O (43.2 ± 0.2 eV), and As(0) (41.8 ± 0.2 eV) and a little As(-I)-S (40.9 ± 0.1 eV), similar to that of the suspended matter. It was noted that for the two cases with As(III) added, the changes in the composition of As species were different during days 8–140, though similar in the main components As(III)-O and As(V)-O species on day 8 and FeAsO4 and As(V)-O on day 140. For instance, the FeAsO4 species appeared on day 40 for the case with 2.0 mM As(III) added, much earlier than that with 4.5 mM As(III) added; the variation trends of As(V)-O species showed the opposite trends. In addition, the proportion of As(I) increased up to 64.45% on day 74 and then decreased to 6.45% on day 140 for the case of 4.5 mM As(III) added, while that for the case with 2.0 mM As(III) added remained low (∼5–7%).




DISCUSSION


Bacterial Growth and Depth Distribution of Microbial Communities Responding to As(III) Toxicity

It has been widely reported that As(III) could significantly inhibit bacterial growth and the Fe/S oxidation activities (Hallberg et al., 1996; Páez-Espino et al., 2009). In the present study, we further found that in the simulated water columns, both the bacterial growth and composition were affected not only by the additions of As(III) but also by the depths of the water columns (Figure 1).

For the columns with additions of As(III), the cell growth was significantly inhibited at the top and middle (Figure 1A), likely due to the toxicity of dissolved As(III) to bacterial cells. On the other hand, irrespective of the As(III) addition (or a lack of it), the cell growth at the bottom of the water columns quickly entered the exponential phase, which is much different from the top and middle, where the cell growth exhibited typical growth curves with about 40 days of lag phase. The promotion of bacterial growth at the bottom of the columns with the addition of As(III) was probably due to the formation of Fe/As/S-containing precipitates, FeAsO4⋅2H2O, and jarosites (Figures 4–7), which can adsorb to or coprecipitate with As species. These processes could significantly mitigate the harmfulness of As(III) and reduce the Fe3+ concentration and thus mitigate the inhibited feedback of Fe(III) to the ferrous-oxidizing enzyme activity (Hare et al., 2020; Zhang et al., 2020). Moreover, the cells detected at the bottom showed somewhat As adsorption according to the results of FT-IR (Supplementary Figure 8), which could also reduce As harmfulness and thus favor cell growth (Zhang et al., 2021).

The bacterial compositions of At. ferrooxidans and Aph. acidophilum during cultivation were also significantly affected by the additions of As(III) (Figures 1D–F) and the depths of the water columns. When no As(III) was added, At. ferrooxidans was dominant during the most experimental time at the top, middle, and bottom of the water columns. However, for both cases with As(III) added, At. ferrooxidans dominated at the top and middle of the columns, while in the case with a higher concentration of As(III), At. ferrooxidans decreased and became less abundant than Aph. acidophilum at the bottom. This may be due to the differences in the energy substrate depth distribution along with the water columns and the metabolism between the two bacteria. Considering the difference in the solubilities of Fe and S substrates and the phenomenon that S0 basically deposited at the bottom of the columns during the most experimental time, it was concluded that there was no difference in the glucose distribution but that there is an obvious difference in Fe and S energy substrate distributions along with the depth of the water columns. Therefore, at the top and middle of the columns, there were major Fe2+ and slight soluble reducing sulfur compounds, Sn2–, as shown by the results of S K-edge XANES and S 2p XPS (Figures 5, 6). While at the bottom, there were large amounts of S0 distributed, besides Fe2+. Based on the above experimental phenomena and inferences, it was speculated that At. ferrooxidans grew majorly on soluble Fe2+ at the top and middle, and at the bottom, it grew majorly on S0 deposited, while Aph. acidophilum grew on glucose at the top and middle and used S0 and glucose at the bottom of the water columns. Furthermore, both bacteria could use O2 and Fe3+ as electron acceptors; however, DO (Supplementary Figure 6) and Fe2+ (Figures 2G–I) concentration measurements indicated that there were aerobic conditions and no lack of Fe2+ for all three depths of the columns for most of the experimental time; thus, it was very likely that the microbial Fe2+ oxidation (as opposed to Fe3+ reduction) played a major role at the top and middle of the columns. Moreover, the higher As(III) concentration may obviously inhibit the growth of At. ferrooxidans. It implies that there were differences in As resistance between the two strains, which may be the reason for the major change in the bacterial distribution for the case with a higher As(III) concentration (Dopson and Johnson, 2012; Mirete et al., 2017).



Iron and Sulfur Speciation of the Simulated Water Column

The variations of physicochemical parameters and the concentrations of dissolved Fe and S at different depths of the water columns were different. The pH values (Figure 2A) were gradually decreasing at three depths of all the water columns, which can be mainly caused by sulfur bio-oxidation (Eq. 1) and partly by the formation of jarosites (Eq. 2) (Xia et al., 2010; He et al., 2012; Zhang et al., 2021). The decrease in pH values slowed down with the additions of As(III), and the slowdown decreased with more additions of As(III), indicating the inhibition of As(III) to sulfur bio-oxidation and/or the formation of jarosites. Moreover, the decrease in the pH values to some extent depended on different depths of the water columns and cultivation time, which is probably related to the evolution of the bacterial composition of At. ferrooxidans and Aph. acidophilum during cultivation.

Fe2+ bio-oxidation was more inhibited with the increase of [As(III)] and solution depths (Figure 2B). The [Fe3+] remained very low at the bottom sites for all the water columns, which was likely related to the low Fe2+ bio-oxidation activity and the Fe3+ reduction by Aph. acidophilum under microaerobic conditions (Supplementary Figure 6). The changes in the potential of the solution also indicated that the obvious inhibition of Fe2+ oxidation occurred at the middle and bottom of the water columns. Generally speaking, changes in [Fe3+], [Fe2+], [SO42–], and potential in solutions at the three water column depths seemed to be very complex (Figures 2D–I and Supplementary Figures 2, 3), which may be due to the complex interactions (adsorption, complexation, and coprecipitation) between Fe, S, and As species and the formation of jarosites (Eq. 2), scorodite (Eq. 3), and other uncertain complexes.
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where M is a monovalent cation, such as NH4+, K+, Na+, and H3O+.
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At the top of the water columns, the Fe3+ concentrations were relatively high (Figure 2D) in the middle and late stages of cultivation due to the apparent Fe2+ bio-oxidation. The Fe3+ could react with other monovalent cations and SO42– in the solution to form potassium and ammonium jarosites suspended on the surface of the solution (Figure 3A), which was in accordance with the appearance of the yellow surface suspended matter in the acidic environment of AMD (Supplementary Figure 4). The Fe 2p signal (Figures 3G–I) further showed that the additions of As(III) could inhibit the Fe2+ oxidation of the suspended solid matter at the top of the water columns. The higher the As(III) concentration, the more the inhibition to Fe2+ oxidation. Therefore, the added As(III) could delay the formation of jarosites on the solution surface (Supplementary Figure 9). The formation of amorphous FeAsO4⋅2H2O occurred for the case of 2.0 mM As(III) (Figure 3B), while its formation was inhibited by the addition of 4.5 mM As(III) (Figure 3C). This indicated that the high concentration of As(III) could inhibit As oxidation as well as the formation of FeAsO4⋅2H2O.

The Fe and S speciation changes at the bottom of the water columns were more complex than those at the top. When no As(III) was added, S oxidation (Figure 5B) and Fe reduction (Figure 4A) occurred in the early stage of the cultivation, and Fe oxidation was dominant after day 74, while the S speciation on the surface of the residues did not change significantly (Figure 6A). However, the addition of 2.0 mM As(III) inhibited Fe reduction (Figure 4B) but significantly promoted sulfur oxidation (Figure 5C) and produced more diverse sulfide species (Figure 6B) in the late experimental stage. When 4.5 mM As(III) was added, the composition change of S speciation was similar to the case with 2.0 mM As(III) added, but the promotion effect of sulfur oxidation was lower, while Fe reduction was promoted at the initial experimental stage (Figure 4C) and the proportion of Fe(II) began to decrease after day 100. These results indicated that Fe3+ reduction mediated by glucose or S oxidation occurred as a more likely process at the bottom of the water columns (Eqs 4, 5), with the S0 opening the ring and activating in contact with the outer membrane protein thiol group (P-SH, where P presents protein) on the cell membrane to form the polysulfide (Eqs 6, 7) (Rohwerder and Sand, 2003; Xia et al., 2013; Liu et al., 2015). It could be derived that At. ferrooxidans accounted mainly for S/Fe bio-oxidation at the bottom of the water columns when no As(III) was added, while for the cases with As(III) added, Aph. acidophilum increased obviously, and for the case with 4.5 mM As(III) added, it even became dominant in a certain period of cultivation with S22–, instead of Sn2–, as the main component in the bottom residues. It indicated that the bacterial distribution had an important effect on the Fe/S redox reactions.
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As Speciation Changes and Their Relationship With Fe/S Redox

The complex As speciation transformations occurred in the solution, in the suspended matter at the top, and in the residues at the bottom of the water columns. The [As(III)] in the solution changed in the range of 0.2–0.35 and 0.1–0.15 g/L for the Col_2.0 and Col_4.5, respectively, while [As(V)] changed in the range of 0–0.05 g/L in all water columns (Figures 2J–L). It implies that the oxidation of As(III) to As(V) occurred in all depths of the water columns, but the oxidation rate of As(III) was very low, where only < 10% of As(III) was oxidized. Moreover, some of the As species in the solution were transferred to the solid phases by adsorption to and coprecipitation with the Fe(III)-(hydro)oxides and jarosites (Wang and Zhou, 2012; Ahoranta et al., 2016). Such processes could be affected by the solution pH and ORP (Supplementary Figure 7), as well as the As forms occurring (Paikaray et al., 2011; Ahoranta et al., 2016). Furthermore, As adsorption by bacterial cells (Supplementary Figure 8) could also contribute to the change in the composition of As species in the solution (Gao et al., 2018; Zhang et al., 2021).

Of note, the As species composition of the suspended matter at the top and the residues at the bottom were quite different for the cases with the additions of 2.0 and 4.5 mM As(III) (Figures 3, 7). For the suspended matter at the top, the As(III) oxidation and the formation of FeAsO4⋅2H2O seemed to be inhibited by the higher concentration of As(III), which was evidenced by the decrease of As(V)-O and FeAsO4⋅2H2O contents when 4.5 mM As(III) was added (Figure 3). For the bottom residues of the two cases with As(III) added, the main components of As species changed gradually from As(III) to As(V) species, and the proportion of As(V) was about 74.2–77.5% on day 140 for both cases (Figure 7 and Supplementary Table 7). It implies that As(V) was more easily precipitated onto the solid phases. Moreover, the formation of FeAsO4⋅2H2O species at the bottom for the case with 4.5 mM As(III) added was later than that with 2.0 mM As(III) added, and more amounts of FeAsO4⋅2H2O species were produced with less addition of As(III). It is noteworthy that there were amounts of As(I)-O species and a little As(0) and As(-I)-S species detected on the solid residues at the bottom, indicating that the reduction of As occurred at the bottom.

According to previous studies, the above different As speciation transformations in the water columns could be mostly associated with Fe/S redox reactions (Karimian et al., 2018). In aerobic conditions, As(III) and As(V) were easily released with the bio-oxidation of arsenopyrite by Fe/S-oxidizing bacteria (Smedley and Kinniburgh, 2002; Wang et al., 2020). Under anoxic conditions, the bacterial reductions of As(V) and Fe(III) oxides could influence the redox cycling of As, and the adsorbed As(III) on the ferric hydroxide substrate could enhance microbial Fe reduction (Campbell et al., 2006; Smeaton et al., 2012). In the present study, the DO changed at different depths during cultivation (Supplementary Figure 6), resulting in different redox environments associated with the depth distribution of At. ferrooxidans and Aph. acidophilum as discussed above. According to the changes in As species with the pH and ORP values (Supplementary Figure 7), As mainly existed as H3AsO3 in the solution at pH 0–4 and ORP 0–360 mV, and it was difficult to oxidize to As(V). This was in accordance with the situations for As(III) additions, the oxidation rate of As(III) was low, and As(III) was dominant in the solutions at different depths (Figures 2J–L). Of note, in the present study, it was observed that the higher As(III) concentration could inhibit the Fe2+ bio-oxidation and the formations of amorphous FeAsO4⋅2H2O and jarosites at the top of the water columns (Figure 3). However, the As reduction was enhanced by the higher As(III) concentration at the bottom (Figure 7 and Supplementary Table 7). According to the previous studies, the oxidation of As(III) to As(V) and the formation of FeAsO4⋅2H2O could be chemically coupled to the Fe reduction process, and the reduction of As(V) was probably mediated by microbial Fe oxidation (Campbell et al., 2006). It can be derived that the additions of different concentrations of As(III) could affect the Fe/S (bio-)redox behaviors and the Fe/S/As speciation transformation and thus lead to the change in the depth profile of the bacterial community structure.

Based on the above discussion, the Fe/S/As speciation transformation and its relationship to the depth distribution of At. ferrooxidans and Aph. acidophilum in the simulated acidic water columns can be outlined (Figure 8). It shows that, on the top of the water columns, As(III) clearly inhibits bacterial growth and Fe2+ oxidation activity with more time required for the formation of jarosites. The higher the As(III) concentration, the more the inhibition to Fe2+ oxidation activity. The Fe3+ reduction coupled to As(III) oxidation occurs with the formation of As(V) and Fe2+; then the As(V) reacts with Fe3+ to form precipitate FeAsO4⋅2H2O, and the Fe2+ is recycled for further bio-oxidation. These processes can somewhat mitigate the inhibitory effects of As(III). In the middle of the water columns, Fe2+ bio-oxidation and Fe3+ reduction coupled to As(III) oxidation also occurred, but the Fe2+ bio-oxidation activity is more inhibited than that at the top, with no obvious precipitates formed. At the bottom of the water columns, besides the aforementioned similar Fe/As reactions, there also occurs sulfur oxidation coupled to Fe3+ reduction with the formation of Fe intermediates. These sulfur intermediates can diffuse to the middle and top of the water columns. In addition, As(III) can be reduced to As(I), As(0), and As(-I), which requires further study. These findings are of value for elucidating As fate and toxicity mediated by Fe/S speciation transformation driven by the microbial Fe/S redox in AMD environments.
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FIGURE 8. The diagram of the correlation between Fe/S/As speciation transformation and bacterial (At. ferrooxidans and Aph. acidophilum) depth distribution under different depths of the acidic water column. Dashed arrows show the migration of the dissolved ions, and solid arrows show the Fe/S/As redox reactions.





CONCLUSION

In the present work, the correlation between Fe/S/As speciation transformation and bacterial depth distribution was studied by using the acidic water columns. Such a correlation, as concluded in Figure 8, was apparently affected by both the additions of As(III) and the depths of the water columns and was affected differently by both the concentration and species of As. Though chemical reduction of Fe3+ coupled to As oxidation and Fe2+ bio-oxidation occurred at all three depths, the Fe/S/As speciation transformation and bacterial depth distribution showed obvious differences between the top and bottom of the water columns. It was apparently dependent on the distribution of energy substrates, Fe2+, reducing sulfur compounds and S0.
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Hexavalent chromium [Cr(VI)], a recognized heavy metal pollutant, has attracted much attention because of its negative impact on the ecological environment and human health. A chromium-resistant strain, Sporosarcina saromensis M52, was discovered, and the functional genes orf2987, orf3015, orf0415, and orf3237 were identified in the strain by genomics. With the advancement of DNA recombination and gene-splicing technology, genetic engineering technology was used to produce recombinant strains 2987, 3015, 0415, and 3237. The study revealed Cr(VI) tolerance in the order of M52 ≈ 2987 > 3015 ≈ 0415 > 3237 and reduction abilities in the order of M52 ≈ 2987 > 3015 > 0415 ≈ 3237. SEM-EDS, XRD, FT-IR and XPS were utilized to examine the surface structure of the recombinant strains and analyze the surface components and main functional groups. A comprehensive review of the recombinant strains’ capacity to tolerate and reduce Cr(VI) revealed that orf2987 and orf0415 were the main functional genes in Sporosarcina saromensis M52, which may play a key role in removing Cr(VI) and protecting the strain, respectively. The optimum pH for recombinant strains 2987 and 0415 was 7.5–8.5, and the optimum temperature was 37°C. Cu2+ had the greatest promotional effect when Cr(VI) was removed by them, while SDS had an inhibitory effect. This research provided the foundation for further study into the mechanism of Cr(VI) reduction in Sporosarcina saromensis M52, as well as a theoretical basis for the development of effective engineered strains to repair Cr(VI) contamination.

Keywords: Sporosarcina saromensis M52, recombinant bacteria, hexavalent chromium, Cr(VI) reduction, bioremediation


INTRODUCTION

With the rapid development of industry, chromium (Cr) has been widely used in electroplating, wood preservation, material dying, leather tanning and other industries, and associated industrial effluents pose a serious threat to ecology and human health (Stern, 2010; Malaviya and Singh, 2016; Diaconu et al., 2020). The oxidation state of Cr varies from −2 to +6, in which trivalent chromium [Cr(III)] and hexavalent chromium [Cr(VI)] are the main forms in water (Thatoi et al., 2014). Cr(III) is a necessary trace element for the human body (Karthik et al., 2017; Ma et al., 2019), whereas Cr(VI) has been proven to have carcinogenicity, teratogenicity, and mutagenicity (Xia et al., 2019). Since the toxicity of Cr(VI) is 100 times higher than that of Cr(III) (Xia et al., 2019; Gu et al., 2020), converting Cr(VI) to Cr(III) becomes the main strategy to address Cr(VI) pollution.

The main ways to reduce Cr(VI) to Cr(III) are physical, chemical, and biological remediation methods (Nayak et al., 2020). Many physical and chemical methods, such as membrane separation, chemical precipitation, ion exchange, and electrochemical methods, are currently used, but they often have the disadvantages of being expensive, taking a long time, requiring a large amount of reagents, and eventually producing a large number of secondary pollutants that are difficult to deal with (Agrawal et al., 2006; Barrera-Diaz et al., 2012; Bvrith and Reddy, 2013; Jobby et al., 2018). However, when compared to these traditional physical and chemical remediation methods, bioremediation has the unique advantages of being simple to operate, low in cost, requiring fewer reagents, and producing fewer secondary pollutants, giving it the potential to become an environmentally friendly chromium remediation technology (Harish et al., 2012; Bharagava and Mishra, 2018). Many strains, such as Bacillus, Pseudochrobactrum, Brevibacterium, Stenotrophomonas, Vigribacillus, Ochrobactrum, and Cellulosimicrobium strains (Karthik et al., 2017; Banerjee et al., 2019), have been discovered to be able to tolerate and decrease Cr(VI) in recent decades. Sporosarcina saromensis M52 (M52), collected in Xiamen, also has the ability to effectively decrease Cr(VI), although the mechanism was unclear (Zhao et al., 2016). In previous studies, the functional genes of M52 were identified by genomic analysis (Li et al., 2021), which identified orf2987, orf3015, orf0415, and orf3237 as the major functional genes in M52, mainly responsible for reducing Cr(VI), but whether they really have the function of reducing Cr(VI) has not been confirmed.

With the advancement of DNA recombination and gene-splicing technology, genetic engineering technology can be used to construct recombinant strains that can verify the functions of orf2987, orf3015, orf0415, and orf3237. In the process of constructing, Escherichia coli BL21 (E. coli) is a suitable carrier for the following reasons: (1) E. coli has a very defined genetic background and has been authorized by the FDA as a safe genetically engineered recipient organism. (2) The culture technique for E. coli is simple, with rapid growth, a short culture period, good anti-pollution ability, and a low cost. (3) It has a mature and complete expression system capable of efficiently expressing the target protein (Ke et al., 2018). (4) It is the most widely used strain in research and industry and has been extensively studied (Jaen et al., 2019). (5) The reduction capacity of Cr(VI) is very weak (Guo et al., 2012).

In this research, the recombinant strains were created to verify and compare the reduction characteristics and tolerance of orf2987, orf3015, orf0415, and orf3273 in M52 to Cr(VI), as well as to screen out the key functional genes that play reducing and protective roles in M52. Via a laboratory simulation of the Cr(VI)-contaminated environment, the optimum conditions of recombinant strains containing key functional genes were determined for improved Cr(VI) reduction, and their functional groups in the reduction process were also detected. This research not only confirmed that orf2987, orf3015, orf0415, and orf3237 in M52 had reduction characteristics and tolerance to Cr(VI) but also provided the foundation for future research into the mechanism of reducing Cr(VI) in Sporosarcina saromensis M52, as well as a theoretical basis for the creation of engineering strains with high efficiency to remediation Cr(VI) pollution.



MATERIALS AND METHODS


orf 2987, orf3015, orf0415, and orf3237 Genes

M52 was inoculated in LB medium at 37°C and cultivated at 200 rpm for 15 h after being revived. The TIANamp Bacteria DNA Kit was used to extract the genome. After extracting the M52 genome, BLAST p was aligned and annotated by the Nr, Swiss-Prot, Pfam, String, COG/KOG, KEGG, and GENE Ontology databases, and the orf2987, orf3015, orf0415, and orf3237 gene sequences were obtained. Special PCR primers (Supplementary Table S1) for cloning the orf2987, orf3015, orf0415, and orf3237 genes were designed by Primer Premier 5.0 and synthesized by Sangon Biotech (Shanghai, China). In the PCR experiment, we used 2× Pfu fidelity mixing enzyme (Tiangen Biotech Co., Ltd., Beijing, China) to ensure correct cloning of the gene series. All PCR-amplified products were separated and identified by 1.5% agarose gel electrophoresis and recovered by the TIANgel Universal DNA Purification Kit (Tiangen Biotech Co., Ltd., Beijing, China).



Construction of Recombinant Strains

In this experiment, pET-30a(+), which containing kanamycin resistance gene, was used as the expression vector for recombinant strains. The plasmid was extracted by the TIANprep Mini Plasmid Kit (Tiangen Biotech Co., Ltd., Beijing, China). The target genes orf2987, orf3015, orf0415, and orf3237 were subjected to double enzyme cutting by restriction enzymes (listed in Supplementary Table S1). After purification and connection, the orf2987, orf3015, orf0415, and orf3237 genes were combined with pET-30a(+) to produce recombinant vectors pET-2987, pET-3015, pET-0415 and pET-3237. Recombinant vectors were converted into E. coli BL21 (DE3) to create recombinant strains 2987, 3015, 0415, and 3237. Positive clone plasmids screened with a solid selective LB plate containing 50 μg/ml kanamycin were extracted and then confirmed by enzyme digestion and sequencing.



Expression and Localization of Recombinant Proteins

Recombinant strains 2987, 3015, 0415, and 3237, were grown in LB medium with kanamycin (50 μg/ml) at 37°C. The strains were centrifuged at 4,000 rpm for 10 min, the supernatant was discarded, and the bacteria were suspended with 500 μl of bacterial lysate. After being washed and disrupted with 50 mM Tris–HCl, the strains were disrupted by ultrasonication for a total of 6 min (300 W, ultrasound for 0.5 s, period for 5 s) in an ice bath and centrifuged at 12,000 rpm for 20 min at 4°C. Supernatant and precipitate were used as samples where precipitation was dissolved in a 500 μl inclusion body solution (8 mM urea, 50 mM Tris–HCl, 300 mM NaCl, pH 8.0). Expressed recombinant proteins were identified by 10% sodium dodecyl sulfate-polyacrylamide gel electrophoresis (SDS-PAGE).



Cr-Resistance and Cr-Reduction Characteristics of Recombinant Strains


Growth Curve of Strains

M52 and recombinant strains were cultured overnight for 14–16 h at 37°C and 200 rpm. The culture was then stopped and the seed liquid was prepared. The cultured 4% v/v seed liquid was inoculated into LB medium with and without Cr(VI). At different times, the A600 of the bacterial liquid was calculated by a full-wavelength enzyme labeling instrument, and the growth curve was drawn under Cr(VI)-free and Cr(VI)-containing conditions.



Resistance to Cr(VI)

M52 and recombinant strains were shaken and cultured at 37°C overnight. The strains were obtained by centrifugation and calibrated to the same concentration as A600. After washing with PBS three times, the strain was resuspended in sterilized LB medium containing various concentrations of Cr(VI) (0, 50, 100, 200, 400, and 800 mg/L) at pH 8.0 and cultured at 37°C and 200 rpm for 72 h. The A600 of the bacterial solution was tested every 12 h, and a growth curve was drawn to determine the Cr(VI) tolerance of the strains.



Reduction of Cr(VI)

After cultivating strains in sterilized LB medium containing various concentrations of Cr(VI) (0, 50, 100, 200, 400, and 800 mg/L), the colonies were centrifuged at 12,000 rpm at 4°C for 20 min twice. Supernatants were purified using 0.22 μm filters (Millipore, United States) to eliminate the remaining bacterial cells. The Cr(VI) content of the supernatant of the culture medium at different times was calculated by the diphenylcarbazide spectrophotometry method. At the beginning of the experiment, the A540 of the solution containing Cr(VI) was recorded as A0, the A540 of the solution to be evaluated was labeled as A1, and the A540 solution without Cr(VI) was recorded as C. The reduction percentage of the strain to Cr(VI) at the time to be tested was calculated by the following formula:
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Characterization of Cr(VI) Reduction


SEM-EDS Analysis

The surface morphology of the strains before and after the reduction of Cr(VI) was characterized by the use of a ZEISS Sigma Scanning Electron Microscope (SEM) fitted with an Energy Dispersive spectroscopy (EDS). The strains were cultivated in sterilized LB medium (pH 8.0) with 100 mg/L Cr(VI) at 37°C for 48 h. The strains were washed three times with 0.1 M PBS, and the suspension was scattered over a glass slide and dried. Samples of immobilized strain were prepared according to the method of Garg et al. (2013). After spraying the gold, position the sample into the SEM-EDS unit, examine the different sections of the sample under an accelerating voltage of 15 kV, and then take micrographs under appropriate magnification.



XRD, FT-IR, and XPS Analysis

Fourier Transform Infrared Spectroscopy (FT-IR) and X-ray photoelectron spectroscopy (XPS) were used to record the process of chemical modification of strains before and after reduction of Cr(VI) to study the functional group responsible for reducing the surface area of strains. X-ray diffraction (XRD) analysis was performed on the control and Cr(VI)-treated strains to identify the crystallized Cr(III) species during the Cr(VI) reduction process. The strains were cultured in sterilized LB medium in the presence and absence of 100 mg/L Cr(VI). After 48 h of incubation, the cultivated strains were washed with PBS, extracted by centrifugation, and then lyophilized in a vacuum freezer dryer (Ma et al., 2019). FT-IR, XPS and XRD were all performed at the SLIntelligent Analysis Testing Center (Nanjing, China).




Factors Affecting Cr(VI) Reduction


pH and Temperature

The effects of various pH values (7.0, 7.5, 8.0, 8.5, and 9.0) and incubation temperatures (25, 30, 35, 40, and 45°C) on Cr(VI) reduction in the strains were tested with 100 mg/L Cr(VI). Using a factorial design, each temperature level and pH level were completely randomly combined, and there were 25 groups in total, with three parallel samples in each group. All centrifuge tubes were placed in a constant temperature shaker at 200 rpm for 48 h. The culture was removed from each treatment at 12, 24, and 48 h and centrifuged twice at 4°C and 12,000 rpm for 20 min. The supernatant was then screened with a 0.22 μm filter (Millipore, United States) to eliminate the remaining bacterial cells. The Cr(VI) content of the culture supernatant was determined at different times to measure the Cr(VI) reduction percentage.



Metal Ions and Small Molecules

Cultured 4% v/v seed liquid was inoculated into LB medium containing 100 mg/L Cr(VI) with 0.2 mM Mn2+, Fe2+, and Cu2+, which were all made with sulphates, and 0.1 mM SDS. The 100 mg/L Cr(VI) bacterial solution without metal ions and small molecular compounds was used as a control. All centrifuge tubes were cultured at pH 8.0, 37°C and 200 rpm for 48 h, and the cultures were regularly separated from each procedure every 12 h and centrifuged at 12,000 rpm for 20 min. The supernatant was then filtered with a 0.22-μm filter (Millipore, United States) to remove the remaining bacterial cells. The Cr(VI) content in the culture supernatant was determined at different times to ascertain the Cr(VI) reduction percentage.




Statistical Analysis

Statistical analysis of all experimental results was performed using SPSS 23.0 test, where p < 0.05 indicates that the discrepancy is statistically important. Because the experimental data for resistance and reduction results for Cr(VI) recombinant strains were tested from multiple measurements of the A600 and Cr(VI) reduction rates at different time points while the strains were exposed to different concentrations of Cr(VI), repeated measurement analysis of variance was chosen to investigate the difference in the overall change trend of the data. Factorial design may construct the cross-grouping of many factors and investigate the variations between each factor level and the interaction between factors, which satisfy our requirements. Therefore, the impact of pH and temperature on Cr(VI) reduction by the recombinant strains was tested through a factor design analysis of variance. The effects of metal ions and small molecules were tested via single-factor analysis of variance.




RESULTS AND DISCUSSION


Construction of Recombinant Strains

The construction process for recombinant plasmids is shown in Figure 1, and the PCR products of the recombinant strains were detected by 1.5% agarose gel electrophoresis. Agarose gel electrophoresis showed that target genes were successfully amplified from recombinant strains 2987, 3015, 0415, and 3237, with lengths of approximately 500, 650, 600, and 700 bp, respectively. The DNA sequencing results of recombinant strains 2987, 3015, 0415 and 3237 revealed that the sequences were the same as the target gene. Agarose gel electrophoresis results were strongly consistent with DNA sequencing results, indicating that the target gene was accurately linked to and transformed with the vector plasmid, and the recombinant strains had been constructed successfully.
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FIGURE 1. The establishment process of recombinant plasmids pET-30a (+)-2987, pET-30a (+)-3015, pET-30a (+)-0415 and pET-30a (+)-3237 and the analysis of the PCR products of target genes by 1.5% agarose gel electrophoresis. M: Marker. 1: Target genes 2987 (A), 3015 (B), 0415 (C) and 3237 (D).




Expression and Localization of Recombinant Proteins

Recombinant protein expression is shown in Figure 2. Protein bands of approximately 22, 28, 30, and 35 kDa were apparent in recombinant strains 2987, 3015, 0415, and 3237, respectively. The results demonstrated successful induction and expression of recombinant proteins. However, the molecular weights of the proteins derived by SDS-PAGE were approximately 2 kDa larger than their theoretical values (2987: 20 kDa, 3015: 28 kDa, 0415: 28 kDa, and 3237: 34 kDa). The reason for this was that the His-tag molecular weight in the pET-30a (+) plasmid vector.
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FIGURE 2. SDS-PAGE of protein expression induced by recombinant strains 2987 (A), 3015 (B), 0415 (C) and 3237 (D). M: Marker. 1: Supernatant 2: Precipitate.


The target protein bands of all recombinant strains were detected in supernatant and precipitation, although in varied proportions. Target protein 2987 was primarily detected in supernatant, whereas target proteins 3015, 0415, and 3237 were found in a combination of supernatant and precipitation, but the protein concentration of 3015 and 3237 was much greater than that of 3237. Li et al. (Mengke et al., 2019) discovered that the primary components of supernatant were intracellular soluble chemicals, whereas the primary components of precipitation were cell membrane and insoluble proteins. Kaur et al. (2018) also discovered that high-level recombinant protein expression usually resulted in the accumulation of insoluble aggregated folded intermediates in the cytoplasm as inclusion bodies. To summarize, all recombinant proteins were soluble proteins, but some of them might exist as inclusion bodies because of overexpression. These results were consistent with previous genomic (Li et al., 2021) and proteome (data being submitted) analyses.



Resistance to Cr(VI)

As shown in Figure 3, the resistance of all strains to Cr(VI) followed the same pattern. As the concentration of Cr(VI) increased, the growth of the strains was impaired to some extent when compared to the Cr(VI)-free group, obtaining the same results as Igiri et al. (2018). At 400 mg/L and 800 mg/L, the growth of all strains was sluggish in comparison to those without Cr(VI) (p < 0.05). Clear signs of sluggish growth were found in recombinant strain 3237 at 50 mg/L Cr(VI), whereas in recombinant strains 3015 and 0415 at 100 mg/L Cr(VI), and in recombinant strain 2987 at 200 mg/L Cr(VI) same as M52 (p < 0.05). Furthermore, the growth of all strains at various concentrations of Cr(VI) is shown in Supplementary Figure S1. The results revealed that 800 mg/L Cr(VI) strongly inhibited the growth of all strains, indicating that the minimum inhibitory concentration of M52 and the recombinant strains was the same, which was 800 mg/L Cr(VI). However, at 100 mg/L Cr(VI), recombinant strains did not grow as well as M52 except 2987 (Supplementary Figure S1b; p < 0.05). These results indicated that the tolerance of the strains to Cr(VI) was M52 ≈ 2987 > 3015 ≈ 0415 > 3237, which suggesting that these four functional genes may play a protective role in M52 surviving, allowing the strain to tolerate Cr(VI), with orf2987 having the most protective effect. However, this protective effect might not be attributable to the fact that orf2987 was a chrome-resistant gene, but rather to its great capacity as a chrome-reduction gene, therefore, the specific gene function must be further confirmed by chromium reduction determination. Considering the growth of strains, 100 mg/L Cr(VI) was chosen as the intervention condition for the subsequent experiments.
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FIGURE 3. Cr(VI) resistance of strains. (A) Recombinant strain 2987; (B) recombinant strain 3015; (C) recombinant strain 0415; (D) recombinant strain 3237; and (E) M52 (control). Date represent means ± SD. All experiments were repeated three times.




Reduction of Cr(VI)

Increasing the concentration of Cr(VI) inhibited the reduction efficiency of recombinant strains to some extent (Figure 4). Recombinant strain 2987, which was identical to M52 in reduction efficiency, can completely reduce Cr(VI) at concentrations of 50 mg/L and 100 mg/L Cr(VI), but the reduction rate at 200 mg/L Cr(VI) was much lower (p < 0.05). While the reduction efficiency of recombinant strain 3015 was higher at low concentrations of Cr(VI) (50 and 100 mg/L), it was still not as good as 2987 (p < 0.05), and the other two recombinant strains began to show signs of inhibition at 100 mg/L Cr(VI) (p < 0.05). Except for 2987, the reduction percentage of M52 was higher than that of the recombinant strains in 50, 100 and 200 mg/L Cr(VI) (p < 0.05), as shown in Supplementary Figure S2, but there was no difference at high concentrations (400 and 800 mg/L; p > 0.05). For the recombinant strains, there was no difference in the reduction percentage at an early stage (p > 0.05), which might be attributed to the need for recombinant strains to consume part of the protein to tolerate Cr(VI) and adapt to the Cr(VI)-containing environment and then use the excess protein to reduce Cr(VI) to Cr(III). After 12 h of cultivation, recombinant strain 2987 had a slightly higher reduction percentage than 3015, 0415, and 3237 (p < 0.05). These results indicated that the reduced ability of the strains to Cr(VI) was M52 ≈ 2987 > 3015 > 0415 ≈ 3237, suggesting that these four functional genes, among which orf2987 had the greatest reducing capability, might play a role in reducing Cr(VI) in M52. However, when combined with the results of the Cr(VI) tolerance analysis for recombinant strains, orf3015, orf0415, and orf3237 were not substantially different from orf2987 in Cr(VI) tolerance, but considerably different in Cr(VI) reduction. As a result, Cr(VI) tolerance of orf2987 might be due to its Cr(VI) reduction abilities, and orf2987 may be a chrome-reduction gene, which were consistent with previous genomic (Li et al., 2021) and proteome (data being submitted) analyses.

[image: Figure 4]

FIGURE 4. Cr(VI) reduction of strains. (A) Recombinant strain 2987; (B) recombinant strain 3015; (C) recombinant strain 0415; (D) recombinant strain 3237; and (E) M52 (control). Date represent means ± SEM. All experiments were repeated three times.




SEM-EDS Analysis

As shown in Figure 5, the recombinant strains 2987, 3015, 0415 and 3237 were all smooth, short, rod-shaped strains with blunted ends at 5000x magnification. However, the morphology of recombinant strains treated with Cr(VI) was altered in comparison to that of the Cr(VI)-free group (control). After treatment with Cr(VI), the recombinant strain 0415 (Figure 5C) was converted from a short rod shape to a narrow rod shape, but the strain remained smooth, and no adhesion was formed between the strains. However, the morphology of recombinant strains 2987, 3015 and 3237 all changed significantly. There was no improvement in strain volume when recombinant strains 2987 (Figure 5A) and 3237 (Figure 5D) were treated with Cr(VI), but the surface of the strain became rough and the strains adhered to each other. The length of recombinant strain 3015 (Figure 5B) increased to 50 μm after treatment with Cr(VI), and the strains exhibited a form of mutual adhesion. The morphology of the recombinant strains changed under chromium stress, and its surface became rough instead of smooth, which might be due to chromium reduction product adsorption on its surface. In response to the danger of toxic pollutants, Karthik (Karthik et al., 2017) discovered the similar phenomenon in the Cellulosimicrobium funkei strain AR8 that bacteria would congregate together, and undertake morphological modifications to defend themselves. The SEM micrograph showed that recombinant strain 0415 was the least affected by Cr(VI), while recombinant strains 2987 and 3237 were the most severely affected. With the exception of 2987, the resistance of recombinant strains to Cr(VI) was consistent with the previous results of 3015 ≈ 0415 > 3237. This showed that while 2987 would tolerate and reduce Cr(VI) well within 72 h, the strain damage was severe and might not have a long-term sustained recovery effect. These results supported our hypothesis that the primary function of orf2987 in M52 was to decrease Cr(VI) rather than to protect the strain. The recombinant strain 0415 exhibited the greatest capacity to resist Cr(VI) in terms of strain shape and structure. Therefore, combined with the results of Cr(VI) tolerance and reduction experiment, orf0415 may primarily play the protective function of Cr(VI) tolerance in M52, rather than the reduction role, which may be mostly performed by orf2987.
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FIGURE 5. SEM images and EDS analysis of recombinant strains 2987 (A), 3015 (B), 0415 (C) and 3237 (D). LB medium containing 100 mg/L Cr(VI) was used as the experimental group, and medium without 100 mg/L Cr(VI) was used as the control.


The EDS spectra of the elementary analysis of the recombinant strains before and after the reduction of Cr(VI) are shown in Figure 5. Cr(VI) was not detected before the treatment (control), and characteristic peaks of Cr were observed after reduction in all recombinant strains, which was consistent with the findings of Vidyalaxmi et al. (2019). Some coexisting chemical elements have been observed, including C, O, Na, Mg, Al, Si, S, and Ca, similar to Zeng et al. (2019). EDS element mapping (Supplementary Figure S3) revealed that the surface of all recombinant strains consisted mostly of C and O elements that were scattered throughout the growth of the strain and contained a trace of Cr. As a result, it was suggested that, the recombinant strains had a weak capacity to adsorb Cr. This might be because the surface of E. coli contains hydroxyl, carbonyl, carboxyl, sulfonate, amide, imidazole, phosphonate, and phosphate diester functional groups, which can interact with metal ions (Quintelas et al., 2009). However, whether the Cr adsorbed was Cr(VI) or Cr(III) must be determined using XRD, FT-IR, and XPS.



XRD, FT-IR, and XPS Analysis

Cr was observed on the surface of all recombinant strains following treatment with Cr(VI), as shown in Figures 6A1–D1, but the specific changes were different. The XRD diffraction peak (Supplementary Figure S4a) with recombinant strain 2987 was concave at 28.11°, with the diffraction peak occurring at 21.82°, suggesting that the surface structure of the strain had changed. The FT-IR results (Supplementary Figure S4b), an important method for defining functional groups that interact with metals and strains (Karthik et al., 2017), showed that the peaks of recombinant strain 2987 at 992, 1087, 1237 and 1358 cm−1 vanished after Cr(VI) treatment, while peaks at 2859 and 2930 cm−1 shifted, indicating that the strain would reduce Cr(VI) by surface phosphate groups, peptide bonds, carboxyl groups, C-N bonds, and N-H bonds, while alkyl and hydroxyl groups combined with Cr(VI). Further XPS analysis, including the C peak analysis of the strain without Cr(VI) and Cr(VI) culture, is shown in Supplementary Figure S5a. The characteristic peaks of C 1 s were 284.74 eV (C-C or C-H), 285.81 eV (C=N) and 287.90 eV (C=O). The peaks of O 1 s (Supplementary Figure S5b) were 531.14 eV (O=C) and 532.24 eV (C-OH). The characteristic peak results of C 1 s and O1s are consistent with those of Li et al. (2016). The weak peaks of Cr 2p and Cr 3p (Figure 6A2) were situated at 577.61 and 587.40 eV, which were compatible with the Cr(III) characteristic peaks (Cheng et al., 2016). The results indicated that the recombinant strain 2987 reduced Cr(VI) to Cr(III) by providing electrons from amide, carboxyl and hydroxyl functional groups, and reduction product existed on the cell surface. But XRD diffraction peaks are inconsistent with characteristic peaks such as Cr2O3, Cr(OH)3 and other inorganic crystalline compound (Karthik et al., 2017; Tan et al., 2020), suggesting that the reduced products may reside on the surface of the strain in the form of organic complexes that require further identification (Li et al., 2019). Our previous research discovered that M52 may engage in Cr(III) binding via amide, carboxyl, hydroxyl, alkyl and phosphorylated functional groups on the cell surface (Li et al., 2021). Similar to our results, Huang et al. (2021) also found that hydroxyl, carboxyl and phosphorylated functional groups were involved in Cr(III) binding in Sporosarcina Saromensis W5. The recombinant strain 2987 possessed amide, carboxyl and hydroxyl, but lacked alkyl and phosphate functional groups. The above results indicated that orf2987 was important in reducing Cr(VI) by M52, but the reduction process was not solely dominated by orf2987.
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FIGURE 6. XPS spectra of recombinant strains 2987 (A1,A2), 3015 (B1,B2), 0415 (C1,C2), and 3237 (D1,D2). LB medium containing 100 mg/L Cr(VI) was used as the experimental group, and medium without 100 mg/L Cr(VI) was used as the control.


The XRD results of recombinant strains 3015 (Supplementary Figure S4c), 0415 (Supplementary Figure S4e) and 3237 (Supplementary Figure S4g) were altered after treatment with Cr(VI). The diffraction peaks of recombinant strain 3015 and 0415 disappeared at 10.74° and 21.82°, while a new diffraction peak of 17.50° appeared in recombinant strain 3015. But recombinant strain 3237 was different, since the diffraction peaks at 10.74° and 25.14° vanished. These results suggested that the surface structure of the three recombinant strains had changed. But these peaks are not consistent with Cr(III) crystalline compound characteristic peaks. The FT-IR spectrum showed that the peaks of recombinant strain 3015 (Supplementary Figure S4d) at 997, 1,088, 1,239, 1,396, and 1,451 cm−1 vanished after treatment with Cr(VI), recombinant strain 0415 (Supplementary Figure S4f) showed that the peaks at 987 and 1,082 cm−1 disappeared, and recombinant strain 3237 lack of peaks at 1,359 and 1,456 cm−1 in (Supplementary Figure S4h), as well as a shift in the relative intensity of the peak at 2,931 cm−1. In order to better identify functional groups, XPS detection was used to showed that the characteristic peaks of recombinant strain 3015 (Supplementary Figures S5c,d) and 0415 (Supplementary Figures S5e,f) at C 1 s and O 1 s were the same as those of 2987, and the characteristic peaks of Cr 2p and Cr 3p showed that recombinant strains 3015 (Figure 6B2) and 0415 (Figure 6C2) could fit the characteristic peaks of Cr(III). The characteristic peaks of recombinant strain 3237 at C 1 s and O 1 s matched those of the other three recombinant strains, as shown in Supplementary Figures S4g,h, but there was no characteristic Cr peak when fitting Cr 2p and Cr 3p (Figure 6D2). These results indicated that phosphate, alkyl, amide, carboxyl and hydroxyl were involved in the reduction of Cr(VI) and combination of Cr(III) in recombinant strain 3015 and 0415, but nitrate, amide, carboxyl and hydroxyl and alkyl only were involved in the reduction of Cr(VI) in recombinant strain 3237. The functional groups involved in the reduction of Cr(VI) and combination of Cr(III) in recombinant strains 3015 and 0415 were similar to M52 (Li et al., 2021), and these groups have been proven to have the same function in other strains (Chen et al., 2019; Kumar and Dwivedi, 2019; Huang et al., 2021). Alkyl and phosphate functional groups were lacked in the recombinant strain 2987 but were present in 3015 and 0415, which prompted that orf3015 and orf0415 might play a role in the binding reduction product of M52 alongside orf2987.

When the results of chromium tolerance, chromium reduction, and characterization analysis were combined, it was evident that the four functional genes did not adsorb Cr(VI), but rather reduced Cr(VI) before adsorbing its reduction product, with orf2987 mostly reducing Cr(VI) in M52 and orf0415 primarily protecting the strain. After reducing Cr(VI), the orf2987 and orf0415 may interact with the reduced products via amide, carboxyl, hydroxyl, alkyl, and phosphorylation functional groups. However, orf3015 and orf3237 played a weaker role in these processes. This implies that orf2987 and orf0415 were the main functional genes in M52. Therefore, in the subsequent experiments, we concentrated on the two recombinant strains 2987 and 0415 to investigate the best conditions for the expression of the 2987 and 0415 proteins.



Effect of pH and Temperature on Cr(VI) Reduction

The activity of reductase, the availability of heavy metal ions, and the active sites of heavy metal binding on the cell surface could all be affected by pH and temperature, reducing the effectiveness with which heavy metals are removed by microorganisms (Wu et al., 2019). At the same time, Khattar et al. (2014) proved that acidic conditions could impact the structure of microbial sulfate transporters, inhibiting the removal of Cr(VI) by strains. Many studies have investigated the effects of temperature or pH on the removal of heavy metals by bacteria as two separate parameters (Khattar et al., 2014; Wu et al., 2019). In this study, however, the factorial study revealed that pH and temperature influenced the reduction of Cr(VI) by all recombinant strains and that there was an association between the two (p < 0.05). Gruber et al. (2016) also discovered that considering temperature and pH independently will exaggerate their influence effect when compared to considering their interaction. This might be because when the temperature of an alkaline solution rises, the Kw of the solution rises, causing the concentration of c(H+) in the solution to rise and the pH of the solution to decrease. The effect of pH and temperature on the reduction of Cr(VI) by strains must therefore be thoroughly explored. As shown in Figure 7, changing the pH and temperature had an influence on the recombinant strains 2987 and 0415. Previous study had showed that M52 could resist pH 7.0–8.5 and temperatures 25–35°C, with pH 8.0 and temperatures 35°C being the optimal pH and temperature (Zhao et al., 2016). Recombinant strains 2987 and 0415 were able to survive at pH 7.0–9.0 and temperatures 25–45°C, with 7.5–8.5 and 37°C being the optimum pH and temperature, respectively, and the former showed higher environmental tolerance than M52.
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FIGURE 7. Response surface 3D plot of pH versus temperature showing the effect of independent variables on the reduction of Cr(VI) by recombinant strains 2987 (A) and 0415 (B) at 48 h. The higher the reduction rate is, the more dark red the color appears; the lower the reduction rate is, the more dark blue the color appears. Data represent means ± SEM. All experiments were repeated three times.


From a different angle, the reduction percentage of Cr(VI) by recombinant strains was lower at both ends of the pH and temperature gradient (Figure 7). From the perspective of pH, this may be due to an inappropriate acid-based environment that harmed growth, metabolic activity, and Cr(VI)-reducing recombinant strains (Xu et al., 2012). High temperatures could induce changes in ribosomal conformation and loss of Cr(VI)-reductase activity, as well as changes in membrane structure or protein synthesis inactivation, while low temperatures considerably decrease cell fluidity, preventing the transport system from functioning (Narayani and Shetty, 2013; Das et al., 2014; Karthik et al., 2017).



Effect of Metal Ions and Small Molecules on Cr(VI) Reduction

With the exception of Cr(VI), certain other heavy metal ions and small molecules may also affect the ability of recombinant strains to reduce Cr(VI) in industrial wastewater (Wani et al., 2019; Tan et al., 2020). Cu2+, Mn2+, and Fe2+ are frequently present with Cr(VI) in wastewater from the electroplating and mining industries, whereas SDS, as detergent and textile auxiliaries, is present with Cr(VI) in textile wastewater (Shadrunova and Orekhova, 2015; Khosravi et al., 2020). These heavy metal ions and small molecules may impair the recombinant strain’s capacity to remove Cr(VI) in practice, thus it is critical to test the impact of Cr(VI) removal prior to application. To further improve the reaction conditions, the effects of typical heavy metal ions such as Cu2+, Mn2+ and Fe2+, as well as small molecules, were investigated on the reduction effect of Cr(VI). The recombinant strain 2987 and 0415 rapidly reduced Cr(VI) by 100 mg/L over time, with the rates reaching a limit of 48 h. It was clear from the control that Cu2+, Fe2+, and Mn2+ could all support the reduction of Cr(VI) to differing degrees, with Cu2+ having the greatest promotional effect (p < 0.05; Figure 8). Recombinant strain 2987 and 0415 completely reduced 100 mg/L Cr(VI) by adding Cu2+. Tanrikulu et al. (2011) showed that Cu2+ was an essential component of antioxidant enzymes such as catalase and superoxide dismutase as well as the prosthetic group of many reductases (Abe et al., 2001). In addition, Xu et al. (2015) also observed that Cu2+ was an essential component of electron transfer in the oxidative respiratory system. Therefore, it was inferred that Cu2+ could improve the Cr(VI)-reduction capacity by enhancing the resistance of the recombinant strains to Cr(VI) and the electron transfer efficiency. Fe2+ and Mn2+ could also promote Cr(VI) reduction by recombinant strain 2987 and 0415, but the strength of the promotion varied by strain. The promotional impact of metal ions on recombinant strain 0415 was Cu2+ > Mn2+ > Fe2+ (p < 0.05), whereas Cu2+ > Fe2+ > Mn2+ was the impact on recombinant strains 2987 (p < 0.05). Bansal et al. (2019) assumed that Fe2+, as an electron donor, may play an important role in Fe/Cr redox coupling. Mn2+ was nearly related to the cycle of every other element and had an intimate relationship with the wellbeing, metabolism, and function of microorganisms (Hansel, 2017). Thus, Fe2+ and Mn2+ can serve as Cr(VI)-reductase activators to promote the reduction of Cr(VI) by recombinant strains. In comparison to metal ions, SDS inhibited the reduction of Cr(VI) by recombinant strains, which was the same as the study of Wani et al. (2019). This may be because SDS could damage the cell wall and denature the protein (Krainer et al., 2020), affecting the resistance of the strain to Cr(VI) and the activity of Cr(VI)-reductase. In general, Cu2+, Fe2+ and Mn2+ could increase the Cr(VI) reduction efficiency of the recombinant strains 2987 and 0415, with Cu2+ being the most effective, whereas SDS could decrease the Cr(VI) reduction efficiency of the recombinant strains 2987 and 0415.

[image: Figure 8]

FIGURE 8. Radar chart of metal ions and small molecules showing the effect on the reduction of Cr(VI) by recombinant strains 2987 (A) and 0415 (B). The shaded area is used to indicate the strain’s ability to reduce Cr(VI). Data represent means ± SEM. All experiments were repeated three times.





CONCLUSION

This study confirmed that functional gene segments orf2987, orf3015, orf0415, and orf3237 all had the ability to tolerate and reduce Cr(VI), with orf2987 exhibiting primarily reduction characteristics, orf0415 exhibiting primarily tolerance characteristics, while orf3015 and orf3237 exhibiting only minor effects on both aspects. Recombinant strains 2987 and 0415 could reduction Cr(VI) via amide, carboxyl, hydroxyl, alkyl and phosphorylation functional, and both could combine with the reduced product, Cr(III) organic complexes, on the cell surface, with 2987 being more competent. The optimal pH of recombinant strains 2987 and 0415 was 7.5–8.5, while the optimal temperature was 37°C, demonstrating higher environmental tolerance than M52. Cu2+, Fe2+, and Mn2+ promote the strains, with Cu2+ being the most, whilst SDS may inhibit them. Although this research provided a good theoretical foundation for investigating the functional genes and reduction mechanism of M52 to reduce Cr(VI), it is likely that a single gene fragment will be unable to replace the combined effect of numerous gene clusters. It also indicates that further research may be conducted to create recombinant strains with combined effectiveness to Cr(VI) reduction efficiency.
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Heap bioleaching, the solubilization of metal ions from metal sulfides by microbial oxidation, is often combined with solvent extraction (SX) and electrowinning to recover, e.g., copper from low-grade ores. After extraction, the leaching solution is recycled, but the entrained organic solvents may be toxic to the microorganisms. Here Acidithiobacillus ferrooxidans, Leptospirillum ferrooxidans, and Sulfobacillus thermosulfidooxidans were selected to perform bioleaching of chalcopyrite waste rock in the presence of the SX reagent (2.5% v/v LIX984N in kerosene). Possibly inhibitory effects have been evaluated by copper extraction, bacterial activity, number of actively Fe(II)-oxidizing cells, and biofilm formation. Microcalorimetry, most probable number determination, and atomic force microscopy combined with epifluorescence microscopy were applied. The results show that 100 and 300 mg/L SX reagent could hardly inhibit At. ferrooxidans from oxidizing Fe2+, but they seriously interfered with the biofilm formation and the oxidization of sulfur, thereby hindering bioleaching. L. ferrooxidans was sensitive to 50 mg/L SX reagent, which inhibited its bioleaching completely. Sb. thermosulfidooxidans showed different metabolic preferences, if the concentration of the SX reagent differed. With 10 mg/L LIX984N Sb. thermosulfidooxidans preferred to oxidize Fe2+ and extracted the same amount of copper as the assay without LIX984N. With 50 mg/L extractant the bioleaching stopped, since Sb. thermosulfidooxidans preferred to oxidize reduced inorganic sulfur compounds.

Keywords: bioleaching, chalcopyrite waste rock, LIX984N, Acidithiobacillusferrooxidans, Leptospirillum ferrooxidans, Sulfobacillus thermosulfidooxidans


INTRODUCTION

Copper is of great importance for human society, since it has been used in virtually all branches of mature industrial or more newly industrializing economies, such as construction, transport, telecom, and all kinds of electrical and electronic appliances (Radetzki, 2009). There is no doubt that the demand for copper will keep growing. However, high-grade copper ores are almost depleted. Thus, mining industries have to recover copper from low-grade ores that used to be considered as waste. By considering high costs of traditional processes and growing concern for the environment, mining industries finally increasingly use bioleaching combined with solvent extraction (SX) and electrowinning (BL-SX-EW) to recover and produce copper from low-grade ores (Songrong et al., 2002; Panda et al., 2015; Gentina and Acevedo, 2016).

Bioleaching, the microbial dissolution of metal sulfides, is caused by Fe3+ ions as the crucial oxidizing reagent. Generally, after attack by Fe3+ ions, metal cations and reduced inorganic sulfur compounds (RISCs) are released from the minerals causing Fe3+ to be reduced to Fe2+. Then iron-oxidizing microorganisms re-oxidize Fe2+ to Fe3+, and sulfur-oxidizing microorganisms oxidize RISCs to sulfuric acid. Consequently, the minerals get dissolved (Sand et al., 2001). The typical microorganisms involved in bioleaching are mainly from the genera Acidithiobacillus, Leptospirillum, Acidiphilium, Sulfobacillus, Ferroplasma, Sulfolobus, Metallosphaera, and Acidianus (Rawlings, 2002; Yin et al., 2020). Industrial bioleaching mostly is undertaken by percolation in heaps where the abundant microorganisms are usually Acidithiobacillus, Leptospirillum, and Sulfobacillus (Acosta et al., 2014; Chen et al., 2020). For heap bioleaching, each heap surface is sprayed with basal salt solution, and air is injected at the bottom to enhance the microbial growth. The leached copper is removed selectively from the pregnant leach solution (PLS) by SX and finally recovered via electrowinning (EW).

For economic purposes, the raffinate after stripping is normally returned to the heaps. However, the extractants cannot be separated quantitatively from the recycled solution. So the raffinate contains entrained (dissolved) SX chemicals which are toxic to microorganisms. The most applied copper extractants are hydroxyoxime extractants such as LIX reagents. Torma and Itzkovitch (1976) investigated the effects of six LIX reagents on the oxidation of chalcopyrite by Acidithiobacillus ferrooxidans. Due to a decrease in the oxygen uptake, the LIX reagents were assumed to have an effect causing an inhibition of bacterial activity, but the effect was small. Dopson et al. (2006) showed that both LIX 622 and LIX 973 cause decreased Fe(II) oxidation rates and increased lag times for Sulfolobus metallicus BC65 already in the presence of 0.001% (v/v) SX chemicals. Watling et al. (2009) reported that 50 mg/L SX reagent (LIX 984N 20% v/v in Shellsol 2046) did not cause significant negative effects on the growth of At. ferrooxidans or on its bioleaching performance. However, in the case of Sulfobacillus thermosulfidooxidans, copper extraction was reduced to about one-third with 50 mg/L SX reagent. Similar work has been done (Mazuelos et al., 1999; Chen et al., 2010; Davis-Belmar et al., 2012; Liu et al., 2015), but it focused only on one species, plus the type and the concentration of the SX reagent applied in these studies are not identical. Consequently, no comparable data show whether those microorganisms have different sensitivity toward one SX reagent and, if so, how high concentration of the SX reagent each species can resist. Besides, these studies evaluated only the impact of SX reagents on the growth of planktonic microorganisms, whereas biofilms were neglected.

Biofilms are defined as aggregates of microorganisms embedded in a self-produced matrix of extracellular polymeric substances (EPS). The latter consists of a conglomeration of different types of biopolymers such as polysaccharides, proteins, nucleic acids, and lipids (Flemming and Wingender, 2010; Flemming et al., 2016). EPS help microorganisms to firmly adhere on a surface and provide structural support for the biofilm. Thus, it is vital for biofilm development (Stoodley et al., 2002). Biofilms are a form of collective life with emergent properties that confer many advantages on their inhabitants, allowing them to survive under very harsh conditions such as drying or nutrient deprivation (Flemming et al., 2021). Except in the oceans, biofilms dominate in all habitats on the surface of the Earth, and, overall, 40–80% of cells on Earth reside in biofilms (Flemming and Wuertz, 2019). Formation of biofilms is also general for leaching microorganisms, and it is reported that biofilms initiate and enhance bioleaching (Crundwell, 1996; Bond et al., 2000; Bellenberg et al., 2015). In heap bioleaching the surfaces of the mineral piles are wetted by spraying, and the liquid flows through the heap and is collected at the bottom and recycled. Obviously, formation of biofilm is key for the microorganisms to survive and be metabolically active. However, information on how SX reagents affect biofilm development and its metabolism are missing. Another issue is that heap leaching is usually applied to extract copper from low-grade chalcopyrite waste rock, while most of the reported work was done with chalcopyrite concentrates. It is still unknown what the impact of the SX reagents is on the microorganisms growing on low-grade chalcopyrite waste rock.

In this work, the effect of SX reagent (LIX984N in kerosene) on copper extraction from waste rock by three typical heap bioleaching strains, At. ferrooxidans, Leptospirillum ferrooxidans, and Sb. thermosulfidooxidans, was studied. The bacteria were first cultivated in the presence of the SX reagent with Fe2+ or S° as sole energy source, from which the highest concentration of the SX reagent for the bacterial survival was determined. The results also clearly show that the three species have different sensitivity to the SX reagent. Then with tolerable concentrations of the SX reagent, bioleaching of chalcopyrite waste rock by the three species was tested. The inhibitory effect of the SX reagent on bioleaching was exerted, and we propose that the inhibition might be related to an interference/change of bacterial metabolism. The bacteria applied for bioleaching were not previously adapted to the SX reagent, but our study provides a comparable and detailed information on the impacts of the SX reagent on bioleaching microorganisms, which more or less reflects the events in a newly built heap. However, in the available literature such data are not given. Our study also helps to better understand the microorganisms in heaps and to establish strategies to maintain high bacterial activity and heap leaching rates.



MATERIALS AND METHODS


Strains and Cultivation

Acidithiobacillus ferrooxidans ATCC 53993 was originally purchased from American Type Culture Collection (ATCC). L. ferrooxidans DSM 2705 and Sb. thermosulfidooxidans DSM 9293 were purchased from Deutsche Sammlung von Mikroorganismen und Zellkulturen (DSMZ), Germany. The strains were cultivated in Mackintosh basal salt medium (MAC) (Mackintosh, 1978). FeSO4⋅7H2O and elemental sulfur powder (Carl Roth, Germany) were used as energy source. L. ferrooxidans and At. ferrooxidans were incubated with 4 g/L Fe2+ at 28°C, while Sb. thermosulfidooxidans was incubated in the presence of 0.02% yeast extract with 4 g/L Fe2+ or 1% S° at 45°C. For cultivation, the initial pH was 1.8 with Fe2+ as energy source or 2.5 with S° as energy source. All strains were incubated on a rotary shaker at 120 rpm.



Preparation of Chalcopyrite Waste Rock Slices and Grains

Chalcopyrite waste rock was collected from Dexing Copper Mine, Jiangxi Province, China. It contained 0.1% Cu, 12.9% Fe, 1.8% S, 58.1% SiO2, 13.8% Al2O3, and 1.8% CaO. For preparation of slices, the chalcopyrite waste rocks were first cut into 3-mm-thick slides. Afterward each slice was polished successively with water on 500-, 800-, and 1,200-grit silicon carbide grinding papers (Struers, Germany). To obtain grains, the chalcopyrite waste rocks were crushed with a jaw crusher (BB 1/A, Retsch, Germany) and then ground with a disc-swing mill (HSM 100M, Herzog). After wet sieving (Test sieves, Retsch, Germany), grains with a size of 50–200 μm were used in this study.

For cleaning and sterilization, both chalcopyrite waste rock slices and grains were washed firstly in three volumes of 0.1 M EDTA in 0.4 M NaOH for 10 min under stirring, followed by three iterations of washing with one volume of acetone. Finally, they were dried at 60°C overnight and then sterilized at 120°C for 10 h under a nitrogen atmosphere in a drying cupboard.



The Solvent Extraction Reagent

The SX reagent used in this study was LIX984N at a concentration of 2.5% v/v. Commercial-grade sulfonated kerosene was used as diluent. LIX984N, a mixture of 2-hydroxy-5-non-ylacetophenone oxime and 5-non-ylsalicylaldoxime, was purchased from BASF Greater China. Hamilton Microliter syringes were used to add the SX reagent into the microbial culture medium. The syringes were washed with ultrapure water and acetone before and after the injection.



Impact of the Solvent Extraction Reagent on Bioleaching and Biofilm Formation

For bioleaching tests all strains were at first adapted to the chalcopyrite waste rock by incubating them with 1% chalcopyrite waste rock supplemented with FeSO4⋅7H2O. The amount of Fe2+ was gradually reduced till the bacteria could grow only with chalcopyrite waste rock.

Bioleaching experiments in the presence of the SX reagent were carried out in narrow-neck Erlenmeyer flasks at 120 rpm for at least 21 days with a pulp density of 2% (w/v) and an initial pH of 1.9. At. ferrooxidans and L. ferrooxidans were incubated at 28°C, while Sb. thermosulfidooxidans was incubated with 0.02% yeast extract at 45°C. Planktonic cell number, pH, and dissolved copper were monitored.

To follow biofilm development in the presence of the SX reagent, a cell suspension with a density of 1 × 108 cells/mL was incubated at 80 rpm in wide-neck Erlenmeyer flasks containing SX reagent and chalcopyrite waste rock slices. A tweezer was used to manipulate the slices. After washing with fresh MAC medium and sterilized ultrapure water, they were used for staining.

All experiments were performed in triplicate.



Determination of Cell Count, pH, Iron, Copper, and Sulfate

The planktonic cell counts were determined using a Thoma counting chamber (Assistent, Germany) and a light microscope (Leica DMLS, Wetzlar GmbH) in phase contrast mode with × 400 magnification.

The pH was determined with a digital pH meter (Model pH 537, WTW, inLab® 422 Combination Semi-micro pH Electrode, Mettler Toledo).

The concentration of Fe3+ was quantified by the following procedure described by Tamura (Tamura et al., 1974). The principle is that ferrous ions and 1,10-phenanthroline form red colored complexes, which can be measured spectrophotometrically at 492 nm. After measuring the concentration of ferrous ions, the total iron can be quantified by adding hydroxylamine which reduces ferric ions to ferrous ions. The concentration of total iron minus the concentration of ferrous ions is then equal to the concentration of ferric ions. The samples were measured in triplicate within microtiter plates with a UV-Vis spectrophotometer (TECAN, Infinite M200 pro) equipped with the software Tecan i-control.

Copper ions were determined by flame atom absorption spectrometry at a wavelength of 324.8 nm (Perkin Elmer 1100B) according to the German standard methods for the examination of water, waste water, and sludge; cations; determination of copper was by atomic absorption spectrometry (AAS) (DIN 38406-7).

The concentration of sulfate was determined by ion exchange chromatography (IC). A Dionex DX-500 system in combination with an eluent generator (EG50), a conductivity detector (CD20), and an autosampler (AS3500) was used. The system was controlled using the chromatographic software Chromeleon Version 6.7. An analytical column with anion exchange resin as stationary phase (IonPac AS17, 2 × 250 mm, Dionex, United States) and a guard column (IonPac AG17, 50 mm, Dionex, United States) were used. A flow rate of 0.25 mL/min and a suppressor current of 50 mA were applied for the measurement. The injection volume of the autosampler was 10 μL. Potassium hydroxide was used as eluent. The gradient system was as follows: 0–2.5 min 10 mM KOH; 2.5–3.5 min 20 mM KOH; 3.5–4.5 min 30 mM KOH; 4.5–5.5 min 40 mM KOH; 5.5–6.5 min 50 mM KOH; and 6.5–8.5 min 10 mM KOH). Samples were diluted 1:10 with 5 mM phosphate buffer (40% 50 mM KH2PO4, 60% 50 mM K2HPO4, pH 7) to avoid (metal) precipitation in the column and incubated for 30 min. Afterward samples were centrifuged (Biofuge, Heraeus Sepatech) for 10 min at 8,000 rpm. The supernatants were diluted further 1:10 with bidistilled water and then measured. Samples were measured in duplicate.



Most Probable Number Determination

Most probable number (MPN) tests, according to Escobar and Godoy (1999), were carried out in 96 deep-well plates (2 mL) to determine the number of active Fe(II) oxidizers in the bioleaching system. Each well was filled with sterile 900 μL MAC medium containing 4 g/L Fe2+. For the MPN determination, 1 mL culture was first transferred to a sterile test tube with 9 mL MAC medium and vortexed. Then 100 μL of this dilution was added to a well of the plate. After mixing by a pipette, 100 μL inoculum was transferred to the next well. This step was repeated several times. The culture was diluted 8 times in total. The inoculated plates were then incubated statically. Each determination was performed in triplicate.



Microcalorimetry

Metabolic activities of microorganisms under the influence of SX reagents were evaluated with a multi-channel microcalorimeter (TAM III, TA Instruments) by recording metabolic heat flow while bioleaching. The microcalorimetric measurement is based on the isothermal ampoule method. On the 2nd, 4th, 7th, 10th, 14th, 17th, and 21st day of bioleaching the heat flow was measured, respectively. For each set of experiment, bacteria were inoculated into seven identical flasks containing SX reagents and 2% (w/v) chalcopyrite waste grains in 50 mL MAC at pH 1.9. Then they were incubated on a rotary shaker at 120 rpm. One flask was taken out for each measurement. After determination of cell concentration and pH, the inoculum together with chalcopyrite waste was filtered through a sterile filter with a pore size of 0.22 μm. Then the chalcopyrite waste rock was collected, weighted, and transferred into two disposable ampoules. The ampoules were sealed and introduced into the microcalorimeter, allowing temperature equilibration for 15 min before running the measurement. The chalcopyrite waste rock was collected afterward and dried at 110°C overnight to calculate their water content. Values of the heat flow are expressed as microwatt per gram of dry chalcopyrite waste (μW/g). All experiments were carried out within 24 h and at least in triplicate.



Atomic Force Microscopy and Epifluorescence Microscopy Instrumentation and Performance

A NanoWizard II atomic force microscope (JPK Instruments, Berlin, Germany) combined with an upright epifluorescence microscope (Axio Imager A1m, Zeiss, Germany) via a BioMaterial workstation (JPK Instruments) was used to locate and scan cells or biofilms. The BioMaterial workstation allows a sample transfer between the atomic force microscope and the epifluorescence microscope, giving the same position for both microscopes. Usage of both microscopes can ensure the scanned objects are cells.

For epifluorescence microscopy (EFM) imaging, the biofilms were stained with 6 μM SYTO9 (Invitrogen, Germany) and 50 μg/mL fluorescently labeled lectin Concanavalin A (Con A) (EY Laboratories). SYTO 9, showing as a green signal, was used to stain the cells for their location within the biofilm. Con A, showing as a red signal, was used to visualize the distribution of EPS. All EFM images in this study show the combination signals of Con A and SYTO 9 (indicated as light yellow, i.e., the combination of red and green). For atomic force microscopy (AFM) imaging, a CSC38/NO AL (Mikromasch, Tallinn, Estonia) probe was used, and cantilever B with the following parameters was chosen: length, 350 μm; width, 32.5 μm; thickness, 1.0 μm; resonance frequency, 10 kHz; shape, cone with a full cone angle of 40°; and force constant, 0.03 N/m. Contact mode with a set point below 1 nN was applied, and the scan rate ranged from 0.1 to 0.5 Hz. To obtain EFM and AFM images of the same location, biofilms were at first observed under the epifluorescence microscope and then transferred to the atomic force microscope for scanning.



Statistical Analysis

One-way analysis of variance (ANOVA) followed by the least significant difference (LSD) test was carried out using IBM SPSS Statistics 22 software to determine differences in cell growth; pH; and concentrations of Fe3+, SO42–, and Cu2+ in the presence of the SX reagent.




RESULTS AND DISCUSSION


Impact of the Solvent Extraction Reagent on Bacterial Growth

Before bioleaching of chalcopyrite waste rock, the impact of 10, 50, 100, 200, and 300 mg/L SX reagent on the growth of At. ferrooxidans, L. ferrooxidans, or Sb. thermosulfidooxidans with Fe2+ or S° as sole energy source was checked. Parameters such as cell density, pH, and concentrations of Fe3+ and SO42– were recorded and are shown in Figures 1, 2.
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FIGURE 1. Impact of the SX reagent on growth and Fe2+ oxidation by At. ferrooxidans (A,A1), L. ferrooxidans (B,B1), and Sb. thermosulfidooxidans (C,C1) with Fe2+ as energy source.
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FIGURE 2. Impact of the SX reagent on growth and S° oxidation by At. ferrooxidans (A–A2) and Sb. thermosulfidooxidans (B–B2) with elemental sulfur powder as energy source.


When At. ferrooxidans was grown on Fe2+, the cells in all assays entered the log phase with the same growth rate (the slope) once they were inoculated (Figure 1A). After 5 days without the SX reagent the cells entered the stationary phase. With 10 and 50 mg/L SX reagent, after the increase in the first 3 days, the cell density started to decrease and then leveled off from the 9th day on. With 100 and 200 mg/L SX reagent, the cell density also started to decrease from the 3rd day on and then leveled off from the 13th day on. With 300 mg/L SX reagent, the number decreased from the 3rd day on till the end. At the end of the experiment the cell density in all assays with the SX reagent was significantly lower than that without (p < 0.05), indicating the SX reagent accelerated the death of the cells. Inhibition of Fe(II) oxidation was not detected, because the Fe(III)-generating rate (the slope) was identical in all assays (Figure 1A1). The results are consistent with those reported by Watling et al. (2009), in which with Fe2+ as energy source 50 mg/L SX reagent (LIX 984N 20% v/v in Shellsol 2046) had little impact on At. ferrooxidans in terms of Fe2+ oxidation rate and cell growth.

However, if At. ferrooxidans was grown on S°, two-stage cell growth and a delay in sulfur oxidation were detected (Figure 2A), indicating a negative effect of the SX reagent. Specifically, the cell number in all assays increased from the 7th day on. Without the SX reagent (control) it leveled off at 1.2 × 109 cells/mL from the 24th day on, while with the SX reagent it increased in two stages. At the end of the experiment the cell numbers in the assays with 10, 50, and 100 mg/L SX reagent almost equaled those without, while with 200 and 300 mg/L SX reagent they were significantly lower (p < 0.05). The decreased pH (Figure 2A1) and the increased sulfate (Figure 2A2) indicate some bio-oxidation of S°, but it was inhibited in the presence of the SX reagent. In the end the concentrations of SO42– in all assays with the SX reagent were significantly lower than in the control (p < 0.05). Watling et al. (2012) tested the effect of LIX984N (20% v/v in Shellsol 2046) on tetrathionate oxidation by Acidithiobacillus caldus. According to their results, LIX984N prolonged the bacterial lag time, and higher concentrations caused longer delays before tetrathionate oxidation commenced, which is different from our results. A very long lag phase in this study (7 days versus 10 h) might be responsible for the difference, since it gave some bacteria a chance to adapt to the SX reagent and they could grow fast just after the lag phase. According to Figure 2A, the higher the concentration of the SX reagent was, the less cells could adapt. For the rest of the cells, prolonged time was needed for adaptation. Consequently, the cell growth occurred in two phases.

Leptospirillum ferrooxidans can oxidize Fe2+ only. With the SX reagent the bacteria showed a typical delay in growth (Figure 1B) and Fe2+ oxidation (Figure 1B1). The duration of the delay was negatively related to the concentration of the SX reagent. A low cell density and Fe3+ concentration indicate that the SX reagent inhibited the bacterial growth and Fe2+ oxidation. Mazuelos et al. (1999) also showed that for a L. ferrooxidans-containing mixed culture, if Fe2+ was given as energy source, a rising concentration of the SX reagent (15% LIX 64 in kerosene) caused a decrease in the Fe2+ oxidation rate and an increase in the lag phase.

Our results show that Sb. thermosulfidooxidans is quite sensitive to the SX reagent, if it is grown on Fe2+. In the absence of the SX reagent it grew fast, and Fe2+ was oxidized completely within 1 day. However, in the presence of the SX reagent neither cell growth nor Fe2+ oxidation was detected (Figures 1C,C1). which is consistent with the results reported by Watling et al. (2009). An increased incubation time allows the bacteria to adapt to the SX reagent. Collinson et al. (2011) found that more than 1 year was required to achieve habituation to 2 mg/L 4-non-ylphenol, the most inhibitory component of LIX984N, when Sb. thermosulfidooxidans was grown on Fe2+.

Similar results were obtained when Sb. thermosulfidooxidans was grown on S°. In the absence of the SX reagent its growth was quite well, while in the presence of the SX reagent no growth was observed (Figure 2B). However, in the assays with 50, 200, or 300 mg/L SX reagent, the pH decreased (Figure 2B1), and the concentrations of sulfate increased (Figure 2B2) from the 14th day on, indicating a commencement of bio-oxidation of S°. No directly reported comparable data have been found.

According to the results described above, some points can be summarized:

1. When Fe2+ was available for growth, the SX reagent showed small negative effects on the growth and Fe2+ oxidation of At. ferrooxidans. However, when Fe2+ was depleted, the presence of the SX reagent accelerated the death of the cells. When S° was available, the effects of inhibition on the bacterial growth and S° oxidation were observed. The presence of the SX reagent made the cell numbers increase in two stages, which might be related with the differences in bacterial adaptation.

2. The presence of the SX reagent delayed the growth and oxidation of L. ferrooxidans.

3. When Sb. thermosulfidooxidans was grown on Fe2+, the SX reagent inhibited bacterial growth and Fe2+ oxidation completely. An oxidation of S° by the bacteria in the presence of increased concentrations of the SX reagent seemed to occur.



Impact of the Solvent Extraction Reagent on Bioleaching of Chalcopyrite Waste Rock by Acidithiobacillus ferrooxidans

To investigate the impact of the SX reagent on bioleaching of chalcopyrite waste rock by At. ferrooxidans, concentrations of 100 and 300 mg/L of the SX reagent were chosen, since the results in section “Impact of the Solvent Extraction Reagent on Bacterial Growth” show that the inhibitory effects were small. In the absence of the SX reagent (control), the final cell density of the bacteria reached 1.1 × 108 cells/mL (Figure 3A). In the presence of the SX reagent the cell density fluctuated in a range from 3.0 × 107 to 6.0 × 107 cells/mL. The pH of the leaching system increased dramatically at the beginning, which can be attributed to the acid-consuming components in the chalcopyrite waste. It did not decline till the end of the experiments, except for the assays without the SX reagent (Figure 3B). At the end, the pH in the controls was significantly lower than that in the experimental assays (p < 0.05). On the Fe(II) oxidation the SX reagent did not exert a negative effect (Figure 3C) because no statistically significant differences were detectable between the control and the experimental sets (p > 0.05). However, a significantly reduced concentration of Cu2+ (p < 0.05) was detected, indicating that copper extraction became inhibited seriously (Figure 3D). Without the SX reagent the final concentration of Cu2+ was 3 mg/L (15% of total copper), while with the SX reagent the Cu2+ was only released by chemical leaching to 1 mg/L (5% of total copper). Although it has been reported that the SX reagent (20% v/v LIX984N in Shellsol 2046) has only little inhibitory effect on copper extraction by At. ferrooxidans (Watling et al., 2009), that study had focused on copper extraction from chalcopyrite concentrates rather than chalcopyrite waste rock. Our results clearly show that the SX reagent inhibited At. ferrooxidans from extracting copper from chalcopyrite waste rock. A possible explanation is that At. ferrooxidans did not oxidize RISCs, which caused passive layers to form on the chalcopyrite waste rock and gradually interfered with the bioleaching. Some hints can also be found. Without the SX reagent, the decrease in pH started from the 10th day, when the RISCs should have been formed. Coincidentally with the SX reagent the increase in Fe3+ became slow from around the 10th day on, and from the 19th day on the concentration of Fe3+ almost stabilized at 0.26 g/L. The inhibition might not occur for chalcopyrite concentrates because they provide much more Fe2+ than that in the same amount of the chalcopyrite waste rock, and the oxidation of Fe2+ by At. ferrooxidans is not influenced. Consequently, large amounts of Fe3+ will be released, and these Fe3+ can oxidize RISCs (Sand et al., 2001). Similar inhibitory effects of the SX reagent on bioleaching of chalcopyrite waste rock by At. ferrooxidans have been reported by Liu et al. (2015). In their study, the impact of entrained and dissolved LIX984N on bioleaching of chalcopyrite waste rock by At. ferrooxidans was checked. After contact with different concentrations of the SX reagent (2.5% LIX984N in kerosene), the medium was separated and bioleaching was applied. Even though the SX reagent had been removed, some inhibitory effects on bioleaching were still evident. In the control, 26% of the total copper was extracted, whereas 21% of the copper was extracted if the medium had been in contact with the SX reagent. The authors pointed out that the decreased copper extraction might be related with a change/breakage of the bacterial cells, because cell walls and cytoplasmic membranes became distorted and intracellular vacuoles increased in number and volume. However, they did not show any data on pH and sulfate concentrations, but combined with our results it can be deduced that the change/breakage of the bacterial cells may cause At. ferrooxidans to be unable to oxidize RISCs, which is negatively affecting bioleaching.
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FIGURE 3. Impact of the SX reagent on bioleaching of chalcopyrite waste rock by At. ferrooxidans. Changes of cell density (A), pH (B), Fe3+ (C), Cu2+ (D), and heat flow of the filtered chalcopyrite waste rock (E), were recorded during bioleaching.


The results of the calorimetric measurements are illustrated in Figure 3E. Isothermal microcalorimetry is a sensitive method that can measure heat production rates of less than a microwatt. Thus, it can be used to monitor metabolism and growth of a relatively small number of microbial cells at any chosen temperature (Braissant et al., 2010). Isothermal microcalorimetry has been successfully applied for monitoring of bioleaching (Sand et al., 1993; Schippers et al., 1995; Hedrich et al., 2018). It is also an excellent tool for investigations on inhibition of cell growth. Sand et al. (2007) recorded heat production of At. ferrooxidans-like bacteria during bioleaching of pyritic mine waste over a period of 3 years. They found that bioleaching becomes inhibited if sodium dodecyl sulfate (SDS) had been supplemented. According to their results, without SDS the heat produced by the bacteria amounted to 55 μW/g waste rock (indicating a high bioleaching activity) and decreased to 10 μW/g waste rock or below with SDS addition (indicating a moderate to low bioleaching activity). Our data are similar. In our study without the SX reagent the bioleaching activity of At. ferrooxidans increased from 13 μW/g chalcopyrite waste rock to 54 μW/g, whereas with the SX reagent the bioleaching activity decreased to 8 μW/g in the presence of 100 mg/L SX reagent or to 3 μW/g in the presence of 300 mg/L SX reagent. These data are a further proof of the inhibitory effect of the SX reagent on bioleaching of chalcopyrite waste rock by At. ferrooxidans.

Most probable number data indicating living cells are shown in Table 1. Since for the MPN determination Fe2+ was used as substrate, the data are relative viability numbers of Fe(II)-oxidizing cells of At. ferrooxidans in the bioleaching system. Without the SX reagent the number of active Fe(II)-oxidizing cells increased within 1 week to more than 1.1 × 108 cells/mL, whereas in the assays with 100 and 300 mg/L SX reagent it took 2 to 3 weeks to achieve that number, respectively. The increased cell numbers in the assays with the SX reagent demonstrate that the bacteria remained alive till the end of the experiment and were able to adapt to the SX reagent. The higher the concentration of the SX reagent was, the longer was the adaptation time. The results also indicate that primarily the bio-oxidization of RISCs became inhibited, because almost all cells were detected as iron oxidizers.


TABLE 1. Cell numbers of active Fe(II)-oxidizing At. ferrooxidans determined by the most probable number method during bioleaching of chalcopyrite waste rock with or without the SX reagent.
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The development of biofilms on chalcopyrite waste rock by At. ferrooxidans within 7 days is shown in Figures 4, 5, which are EFM and AFM images. Figures 4A2–C2 are in accordance with Figures 5A–C, respectively. The corresponding images are framed in the same color. The EFM images provide information on distribution of attached cells/biofilms, and AFM images show the morphology and architecture of the cells/biofilms. Figures 5A1–C1 are zoom pictures of the areas framed in Figures 5A–C, respectively. After 1 day of incubation, the numbers of attached cells in the assays with the SX reagent were equal to those without, as indicated by similar fluorescent signals (Figures 4A–C). Later on in the assays without the SX reagent, the fluorescent signals got enhanced (Figures 4A1,A2) because of the densely covered colonies (Figures 5A,A1). This shows that biofilms are formed. In the presence of the SX reagent, the bacteria seem not to develop biofilms. To be precise, with 100 mg/L SX reagent, the fluorescent signals barely changed (Figures 4B1,B2), and only single cells occurred (Figures 5B,B1). Considering the low heat production in the first 7 days additionally (Figure 3E), one can conclude that those single cells were attached cells and biofilms had not yet developed. With 300 mg/L SX reagent, the fluorescent signals gradually got weak (Figures 4C1,C2) and large areas were exposed, indicating that the initially attached cells gradually detached. Only some single cells were visible (Figures 5C,C1), and these produced very little low heat (Figure 3E). The results demonstrate that 300 mg/L SX reagent inhibited At. ferrooxidans preventing the cells from forming biofilms on chalcopyrite waste rock during the first 7 days. Attached cells/biofilms play an important role during bioleaching. It is reported that within the first 4–5 days only the biofilm subpopulation is responsible for metal sulfide dissolution (Bellenberg et al., 2015). Gautier et al. (2008) found that if cells of S. metallicus were prevented from reaching chalcopyrite, the cell population would not grow. Consequently, according to their data, during copper dissolution, only 50% of the amount was reached if contact was allowed. That value was comparable to the aerated abiotic control. Furthermore, these authors pointed out that an oxidation of chalcopyrite by ferric ions would lead to a formation of sulfur-containing passivating layers, and the attached cells of S. metallicus preferentially catalyzed the oxidation of such sulfur compounds. Thus, the attached cells dissolved the passivating layers and enhanced the oxidative action of the ferric ions on chalcopyrite. Back to our study, the SX reagent showed negative effects on biofilm formation on chalcopyrite waste rock by At. ferrooxidans. Consequently, there was not enough energy source to support the bacterial growth, and later the passivating layers could not be dissolved in time, thereby weakening the bioleaching.
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FIGURE 4. EFM images of biofilms developed without (A series), with 100 mg/L (B series), or with 300 mg/L SX reagent (C series) on chalcopyrite waste rock by At. ferrooxidans. Images (A–C) show the 1-day-old biofilms/attached cells; images (A1–C1) show 3-day-old biofilms/attached cells; and images (A2–C2) show 7-day-old biofilms/attached cells. The scale bar is 20 μm, and all images share the scale bar.
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FIGURE 5. AFM images of biofilms developed without (A series), with 100 mg/L (B series), or with 300 mg/L SX reagent (C series) on chalcopyrite waste rock by At. ferrooxidans. The areas shown in images (A–C) are in accordance with Figures 4A2,B2,C2, respectively. Images (A1–C1) show the areas framed in images (A–C), respectively.


Based on the results above, it can be concluded that 100 and 300 mg/L SX reagent can hardly inhibit At. ferrooxidans from oxidizing Fe2+ but seriously interferes with the biofilm formation and the oxidization of RISCs. Consequently, sulfur-containing passivating layers gradually can hinder the bioleaching of chalcopyrite waste rock.



Impact of the Solvent Extraction Reagent on Bioleaching of Chalcopyrite Waste Rock by Leptospirillum ferrooxidans

Cells of L. ferrooxidans, unlike At. ferrooxidans, are sensitive to the SX reagent. Thus, concentrations of 10 and 50 mg/L SX reagent were applied for the bioleaching tests and the data were recorded in Figure 6. L. ferrooxidans can oxidize Fe2+ only, so its growth on chalcopyrite waste rock, as expected, was not as good as that of At. ferrooxidans.
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FIGURE 6. Impact of the SX reagent on bioleaching of chalcopyrite waste rock by L. ferrooxidans. Changes of cell density (A), pH (B), Fe3+ (C), Cu2+ (D), and heat flow of the filtered chalcopyrite waste rock (E), were recorded during bioleaching.


In the absence of the SX reagent (control), the maximum cell density only amounted to 6 × 107 cells/mL (Figure 6A). The numbers of active cells increased to 2.9 × 107 cells/mL after 7 days of incubation but afterward decreased as bioleaching proceeded (Table 2). Although the fluorescent signals hardly changed in the first 7 days (Figures 7A–A2), accumulation of cells was observed (Figures 8A,A1), and an increased heat production was detected (Figure 6E), indicating the formation of biofilms and the performance of bioleaching. From the 10th day on, the heat production leveled off at around 30 μW/g chalcopyrite waste rock and then decreased to 22 μW/g chalcopyrite waste rock, indicating that bioleaching became gradually hindered. The numbers of active cells started to decrease from the 10th day onward. The concentration of Fe3+ ions increased slowly. The amount of dissolved Cu2+ was 2 mg/L (10% of the total copper) at the end of the experiments.


TABLE 2. Cell numbers of active Fe(II)-oxidizing L. ferrooxidans determined by the most probable number method during bioleaching of chalcopyrite waste rock with or without the SX reagent.
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FIGURE 7. EFM images of biofilms developed without (A series), with 10 mg/L (B series), and with 50 mg/L SX reagent (C series) on chalcopyrite waste rock by L. ferrooxidans. Images (A–C) show 1-day-old biofilms/attached cells; images (A1–C1) show 3-day-old biofilms/attached cells; and images (A2–C2) show 7-day-old biofilms/attached cells. The scale bar is 20 μm, and all images share the scale bar.
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FIGURE 8. AFM images of biofilms developed without (A series), with 10 mg/L (B series), and with 50 mg/L SX reagent (C series) on chalcopyrite waste rock by L. ferrooxidans. The areas shown in images (A–C) are in accordance with that in Figures 7A2,B2,C2, respectively. Images (A1–C1) show the areas framed in images (A–C), respectively. The arrows indicate detached cells during scanning.


With 10 mg/L SX reagent the lag time of L. ferrooxidans increased to 15 days (Figure 6A). The cell density finally stabilized at 4 × 107 cells/mL on the 17th day. The number of active cells in the first 7 days was 3.2 × 106 cell/mL. Later on, the numbers started to decrease (Table 2). The EFM images (Figures 7B–B2) show the fluorescent signals are similar with those of the control. However, the AFM images (Figures 8B,B1) show that with 10 mg/L SX reagent the biofilms were not as robust as that in the control, because less accumulation of cells could be noticeable, and their metabolic heat production reached only half of that in the control (Figure 6E). Consequently, at the end of the experiments, only 7.5% of the total copper was extracted (Figure 6D).

With 50 mg/L SX reagent, no growth was observed (Figure 6A), and the number of active cells decreased right from the start (Table 2). The EFM images (Figures 7C–C2) show that cells attached on the surfaces of the chalcopyrite waste rock, but the procedure of the AFM imaging seems to indicate that they were inactive, because they were not tightly attached (Figures 8C,C1). The bioleaching activity was very low with an average heat production of 5 μW/g chalcopyrite waste. In the end 5% of the total copper was dissolved, equal to the value of the abiotic control. The results demonstrate that 10 mg/L SX reagent negatively affects the bioleaching of chalcopyrite waste rock by L. ferrooxidans, and 50 mg/L SX reagent practically stops bioleaching.



Impact of the Solvent Extraction Reagent on Bioleaching of Chalcopyrite Waste Rock by Sulfobacillus thermosulfidooxidans

The concentrations of the SX reagent tested with cells of Sb. thermosulfidooxidans were 10 and 50 mg/L due to the results from previous experiments. Surprisingly, in the presence of the SX reagent, cells of Sb. thermosulfidooxidans survived with the chalcopyrite waste rock (Figure 9). In addition, the bacteria exhibited differences in metabolism depending on the concentration of the SX reagent.
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FIGURE 9. Impact of the SX reagent on bioleaching of chalcopyrite waste rock by Sb. thermosulfidooxidans. Changes of cell density (A), pH (B), Fe3+ (C), Cu2+ (D), SO42− (E), and heat flow of the filtered chalcopyrite waste (F), were recorded during the bioleaching.


With 10 mg/L SX reagent the growth was inhibited during the first 9 days (Figure 9A), and almost no bioleaching occurred as indicated by the low concentration of Fe3+ (Figure 9C) and low heat production (Figure 9F). Afterward the cell numbers, the concentration of Fe3+, and the heat production increased simultaneously, which demonstrated that bioleaching had started and that the bacteria started to grow. Without the SX reagent the cell density increased rapidly to around 2 × 108 cells/mL in the first 2 days and remained at that level for the next 3 days; afterward it started to decrease. With 10 mg/L SX reagent the cell density increased to 2 × 108 cells/mL from the 9th day to the 14th day and then leveled off in the next 9 days. The longer stationary phase in the assays with 10 mg/L SX reagent indicated an enhanced bacterial growth, but the cell density dropped dramatically from the 23rd day on, and on the 26th day it was equal to the number for the assays without SX reagent. The MPN results (Table 3) indicated that most of the bacteria were actively Fe(II)-oxidizing cells in both assays. On the 21st day the cell density, as evaluated by MPN, decreased to 4.3 × 107 cells/mL, which seems to indicate some cells had started to oxidize RISCs. From the 12th day on, the concentration of SO42– started to increase (Figure 9E). With 10 mg/L SX reagent, the MPN data show that on the 7th day the number of active Fe(II)-oxidizing cells was approximately 107 cells/mL. On the 14th day the number had increased to more than 1.1 × 108 cells/mL, and the same number was measured on the 21st day. Direct counting of samples from the 11th day till the 21st day showed that the cell density was higher than 1.1 × 108 cells/mL (Figure 9A), which is in accordance with the MPN values. The results indicate that from the 11th day to the 21st day most of the cells were iron oxidizers. Because of the good growth of the actively Fe(II)-oxidizing cells, the concentration of Fe3+ ions in both assays increased constantly. High concentrations of Fe3+ ions then led to a formation of Fe precipitates, which was indicated by a sharp decline of the concentration of Fe3+ ions on the 19th day in Figure 9C. Bio-oxidation of RISCs also commenced, as indicated by the decrease in pH (Figure 9B) and the increase in SO42– ions (Figure 9E). Although 10 mg/L SX delayed the bacterial growth, the good cell growth later on made the bacteria extract the same amount of copper (30% of the total copper) as that in the assays without the SX reagent in the end (Figure 9D).


TABLE 3. Numbers of actively Fe(II)-oxidizing Sb. thermosulfidooxidans determined by the most probable number method during bioleaching with or without the SX reagent.
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With 50 mg/L SX reagent, bioleaching was inhibited completely. The concentration of Fe3+ did not change till the end of the experiment (Figure 9C), and an extremely low heat production was detected (Figure 9F). The MPN data show that the actively Fe(II)-oxidizing bacteria decreased, and on the 7th day their numbers had dropped to 1.8 × 103 cells/mL (Table 3). On the 21st day only 190 cells/mL were detected as actively Fe(II)-oxidizing cells. As a result, the amount of dissolved copper in this assay was equal to that in the abiotic control (5% of total copper). However, the SX reagent did not fully inhibit the bacterial growth. After 9 days the cells started to multiply. The decreased pH and increased concentration of SO42– illustrated that they grew on RISCs which had been produced during the previous chemical leaching. After depletion of the RISCs, the cell numbers decreased and the values for pH and SO42– stopped changing.

The EFM images in Figure 10 show that with the SX reagent Sb. thermosulfidooxidans formed more dense biofilms than without the SX reagent. This is indicated by the significantly strong yellow-colored fluorescent signals (Figures 10B2,C2). These signals indicate that the bacteria secreted large amounts of EPS. The AFM images (Figure 11) provide additional information. Many artifacts were produced when the samples from assays without SX reagent (Figures 11A,A1) and with 10 mg/L SX reagent (Figures 11B,B1) were scanned. Such artifacts indicate the presence of soft and sticky EPS matter. An atomic force microscope scans with a cone-shaped tip, and its resolution is decided by the radius of the tip which is usually in the range of several nanometers (Binnig et al., 1986). With such a sharp tip the soft and sticky EPS easily make contact, causing artifacts to become visible (Velegol et al., 2003). Without the SX reagent the bacteria were mostly single attached cells, and colonies were seldom observed. It is known that microorganisms prefer to attach to surface defects like cracks, holes, layers, and so on (Sand et al., 2001; Noël et al., 2010; Zhang et al., 2015). However, Sb. thermosulfidooxidans lacks motility. As a result, they can hardly move actively to such places and develop robust biofilms without the assistance of other microorganisms (Li et al., 2016, 2020). Thus, the randomly attached cells might detach after a while because the location is not suitable for obtaining energy by mineral dissolution. Parts of their EPS may be left behind as footprints. If the location is suitable, they secrete more EPS to enhance attachment. Both possibilities cause the production of artifacts. With 10 mg/L SX reagent the attached cells accumulated, but their profile was not sharp (Figure 11B1). With 50 mg/L SX reagent, accumulation of cells was also observed (Figure 11C1) but less dense than that with 10 mg/L SX reagent. Their profile was sharp, and a thin layer of EPS around the biofilm cells could be clearly imaged. With 50 mg/L SX reagent, no artifacts were produced, indicating that the EPS were solid and non-sticky. Such type of EPS has been observed previously, when biofilms of Sb. thermosulfidooxidans had developed on elemental sulfur (Zhang et al., 2015; Li et al., 2020).


[image: image]

FIGURE 10. EFM images of biofilms developed without (A series), with 10 mg/L (B series), and with 50 mg/L SX reagent (C series) on chalcopyrite waste rock by Sb. thermosulfidooxidans. Images (A–C) show 1-day-old biofilms/attached cells; images (A1–C1) show 3-day-old biofilms/attached cells; and images (A2–C2) show 7-day-old biofilms/attached cells. The scale bar is 20 μm, and all images share the scale bar.
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FIGURE 11. AFM images of biofilms developed without (A series), with 10 mg/L (B series) and with 50 mg/L SX reagent (C series) on chalcopyrite waste rock by Sb. thermosulfidooxidans. Images (A–C) are in accordance with Figures 10A2,B2,C2, respectively. Images (A1–C1) show the areas framed in images (A–C), respectively. The arrows indicate artifacts produced by a contaminated tip.


Sulfobacilli have a versatile metabolism and can grow autotrophically with Fe2+, RISCs, and metal sulfides but also heterotrophically and mixotrophically. They grow best if organic carbon is supplemented, and their autotrophic and heterotrophic growth is often restricted to several transfers (Norris et al., 1996; Karavaiko et al., 2006). Their enhanced growth and biofilm formation with 10 mg/L SX reagent might have benefitted from the degradation of the SX reagent. It is reported that the degradation of LIX984N results in the formation of aldehydes and ketones and other compounds (Shakibania et al., 2020). Thus, it is possible that degradation of the solvent might provide an additional carbon source and support the bacterial sustainable growth. It is unknown why 50 mg/L SX reagent stopped the cells of Sb. thermosulfidooxidans from oxidizing Fe2+ and caused them to oxidize RISCs. In our previous study we detected that under autotrophic conditions, cells of Sb. thermosulfidooxidans mainly grew on RISCs (Li et al., 2020). Perhaps using RISCs is favorable for survival of Sb. thermosulfidooxidans under stress. Zhou et al. (2015) studied the expression of critical sulfur and iron oxidation genes and community dynamics during bioleaching of chalcopyrite by moderate thermophiles. They also found that Sb. thermosulfidooxidans was the dominant strain during the whole bioleaching process. The gene expression analysis indicated that Sb. thermosulfidooxidans was mainly responsible for sulfur oxidation (Liu et al., 2016).




CONCLUSION

The inhibitory effects of traces of the SX reagent in the leaching solution on microbial activity during bioleaching of chalcopyrite waste rock are quite different from those noted for incubation with only Fe2+- or S°-containing media. In an Fe2+-containing medium the SX reagent did not affect growth and Fe2+ oxidation of At. ferrooxidans. In a S°-containing medium the SX reagent caused the growth of At. ferrooxidans in two stages, and the bacteria grow almost as good as without the SX reagent. In the bioleaching process the SX reagent caused delays in proliferation of actively Fe(II)-oxidizing cells of At. ferrooxidans and interfered with the bacterial biofilm formation and the oxidization of RISCs, which in turn inhibited bioleaching. In the case of L. ferrooxidans the SX reagent prolonged its lag times and caused delays in Fe2+ oxidation when it grew in Fe2+-containing medium. However, when bioleaching the bacteria only tolerated 10 mg/L SX reagent. SX reagent (50 mg/L) killed the bacteria. In Fe2+- or S°-containing medium, the growth of Sb. thermosulfidooxidans could not be detected. However, the bacterial growth occurred with chalcopyrite waste rock in the presence of the SX reagent. The bacteria, after adaptation to 10 mg/L SX reagent, performed bioleaching as good as the natural ones, since their growth and biofilm formation were enhanced. With 50 mg/L SX reagent, although Sb. thermosulfidooxidans developed a good biofilm, its Fe2+ oxidation became inhibited, and the cells started to oxidize RISCs. As a result, bioleaching did not occur. Our study suggests that a removal of the SX reagent after solvent extraction is necessary, and cells of L. ferrooxidans can be used as a good indicator of high concentration of SX reagent. Fe2+-oxidizing biofilm formation at the initial bioleaching stage is crucial, because there exists a positive relation between biofilm formation and bioleaching. For a newly constructed heap mixing, the fresh ores with some leached ores or adaptation of the microorganisms to the SX reagent and supplementary addition of ferrous iron in the recycled leachate may be helpful to initiate the bioleaching fast and achieve an improved copper extraction.
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In situ fragmentation bioleaching is a promising way to perform deep mining safely, economically, and in an environmentally friendly manner, where oxygen plays a critical role in microbial growth and mineral dissolution. However, the lack of oxygen limits the implementation of in-situ fragmentation bioleaching. To overcome this limitation, aeration was proposed, with saturated dissolved oxygen concentration as an important indicator. Orthogonal experiments were conducted to measure saturated dissolved oxygen concentration at various temperature, pH, and electrolyte (ferrous sulfate, ferric sulfate, copper sulfate, and sulfuric acid) concentration conditions. Experimental data were analyzed by Python programming language and least squares method to obtain a saturated dissolved oxygen concentration model. Results showed that temperature had the most significant effect on oxygen solubility, which was concluded by comparing the results of surface fitting based on the least squares method. At 30–40°C, the saturated dissolved oxygen concentration decreased faster as metal ions concentration increased. The conjoint effect of the five variables on oxygen solubility showed that pH was linearly negatively related to oxygen solubility. Additionally, a mathematical model was also proposed to predict the saturated dissolved oxygen concentration in in situ fragmentation bioleaching of copper sulfide ores. This work enables bioleaching processes to be modeled and controlled more effectively.
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INTRODUCTION

In situ fluidized mining is an advanced technology used to achieve safe and efficient exploitation of deep and low-grade metal ore resources (Xie et al., 2019). In situ fragmentation bioleaching is a promising method used to realize fluidized mining of copper sulfide ores. It refers to in situ leaching of blasted ores in underground stopes with acidic solutions containing leaching microorganisms (Brierley, 2008; Brune and Bayer, 2012; Sinclair and Thompson, 2015; Peng et al., 2016; Johnson et al., 2021), and it is also related to indirect in situ leaching with biogenic lixiviants (Pakostova et al., 2018). During bioleaching, gas flow exerts great influence on metal recovery rate and microorganism activity. Gas flow provides oxidant O2 for the chemical reaction of minerals and leaching solutions, adjusts the temperature and oxygen concentration distribution of blasted heaps, and provides necessary O2 and carbon source for microbial growth (Dunbar, 2017). A dissolved oxygen concentration between 1.5 and 4.1 mg/L was required for optimal microbial activity (de Kock et al., 2004). Furthermore, the growth yield of Acidithiobacillus ferrooxidans on oxygen was 1.15 × 1011 cells/g (Ceskova et al., 2002). However, low oxygen concentration in deep environments is a widespread phenomenon that restricts the application of bioleaching. Due to the long heap leaching period and the drastic increase in aeration resistance in deep mines, oxygen is difficult to diffuse throughout the heaps by natural convection. The limitation of oxygen results in serious suppression of the growth of acidophilic and aerobic autotrophic microorganisms and bioleaching process of copper (Young, 1992; Li et al., 2021). For this reason, dissolved oxygen concentration becomes a limiting factor for ore bioleaching (Richter et al., 2017). Casas et al. (1998) found that oxygen diffuse distance to the heaps was within 5 m only by natural diffusion, and Mandl et al. (2014) studied the biochemical and biotechnological aspects of aeration conditions in iron- and sulfur-oxidizing A. ferrooxidans cultures. Thus, forced aeration is an important application to increase the leaching rate of ore by increasing oxygen supply (Chen et al., 2022), but there are still some problems such as low effective air volume rate, high power consumption, and high aeration cost. Therefore, effective aeration is a key point that needs to be considered when designing such a process, and the saturated dissolved oxygen concentration in bioleaching solutions at each bioleaching period is an important indicator.

Acidithiobacillus ferrooxidans, which is a strictly aerobic, obligate, and chemolithotrophic microorganism, has been used to leach bacteria in most bioleaching experiments (Tavakoli et al., 2021). The bacterium obtains energy for growth by the oxidation of inorganic substances such as ferrous iron, elemental sulfur, and other reduced inorganic sulfur compounds (RISCs), resulting in the generation of ferric iron and sulfuric acid. Ferric iron serves as an oxidant of sulfides under acidic conditions, during which the insoluble metal-bearing sulfide minerals are converted into soluble sulfates, releasing the base metals of interest. On contact with atmospheric or dissolved oxygen, copper sulfide ores are oxidized into copper sulfate, sulfuric acid, and iron sulfate (Schippers et al., 2014), a process that is greatly accelerated by the actions of chemolithotrophs (such as A. ferrooxidans). All the above compounds (sulfuric acid and copper/ferric sulfates, but also ferrous sulfate) present the major electrolytes in copper bioleaching solutions.

Many researchers found that oxygen solubility in liquid medium was affected by the partial pressure of oxygen, properties of oxygen, composition of the liquid medium, and temperature (Tromans, 2000a; Geng and Duan, 2010; Haibara et al., 2014). Oxygen concentration decreased when ionic solutes presented in solution due to salting-out effect (Cui and Wu, 2013). Most researchers measured dissolved oxygen concentration in seawater or ionic liquids (Weiss, 1970; Song et al., 2019). There is a lack of models to accurately predict the saturated dissolved oxygen concentration in solutions during the bioleaching process of copper sulfide ores.

The Sechenov salt-effect parameter is often considered in theoretical models for gas concentration in electrolyte-containing solutions (Clever, 1983). Sechenov tested the equation by measuring the solubility of carbon dioxide in a concentrated (sometimes saturated) electrolyte solution, a number of dilutions of the solution, and pure water. It revealed the relationship between oxygen solubility and ionic solute in liquid medium. However, this equation can only be used to predict the oxygen solubility in solutions containing one electrolyte. Tromans’ equation is different from Sechenov’s equation in that multiple solutes are considered (Tromans, 2000a). Based on a thermodynamic analysis of water, Tromans proposed a model for estimating the concentration of oxygen in water and inorganic electrolyte solutions. However, the conjoint effect of temperature, pH, and ions concentration of main electrolytes on dissolved oxygen concentration remained indistinct.

Researchers found that the salt-effect parameters calculated from various concentrations differ negligibly, if they differ at all (Clever, 1983). However, oxygen solubility differs in various solutions. Iron ions are particularly important among various metal ions in the growth environment of A. ferrooxidans (Kim et al., 2021). Fe2+ is a necessary component of growth media from which Fe3+-rich leaching liquors are generated. However, excessive Fe3+ may result in the formation of a passivation layer comprising ferric precipitates (such as jarosite), thus hindering the bioleaching process (Yu et al., 2011). For this reason, oxygen solubility was measured in test solutions that were characteristic of the copper sulfide ore bioleaching solutions. The variables were designed to highly reduce in situ fragmentation bioleaching of copper sulfide ore. Thus, in this research, the metal ions mainly contained in copper sulfide ore bioleaching solutions were Cu2+, Fe2+, and Fe3+.

The objective of this paper is to establish a model for predicting saturated dissolved oxygen concentration in different bioleaching periods of copper sulfide ores. Firstly, based on the growth characteristics of A. ferrooxidans and the high temperature characteristics of in situ fragmentation bioleaching, the design range of the variables (temperature, pH, and concentrations of ferrous sulfate, ferric sulfate, and copper sulfate) was determined. The growth characteristics of A. ferrooxidans were obtained by bacterial domestication and cultivation tests. Secondly, a test device for dissolved oxygen concentration under conditions of simulated forced ventilation was designed and used in experiments. According to its orthogonal experimental design, 25 groups of tests were performed. Then, Python programming language was used to analyze the experimental data using the least squares method to obtain the dissolved oxygen concentration model and the surface fitting. This model was then analyzed by multiple linear regression with Python programming language. Additionally, based on the verification experiments, a model with high-fitting accuracy was proposed to predict the saturated dissolved oxygen concentration by measuring temperature, pH, and the concentrations of Fe2+, Fe3+, and Cu2+ in different bioleaching periods of copper sulfide ores. Considering the oxygen demands of chemical reaction and microbial growth, the prediction model of saturated dissolved oxygen concentration in leaching solutions favors forced aeration technology in in situ fragmentation bioleaching.



MATERIALS AND METHODS


Minerals and Reagents

The copper sulfide ores used in the experiments were obtained from Zijinshan copper mine in Fujian, China. A. ferrooxidans was domesticated and cultivated in the acidic solution taken from the State Key Laboratory of Comprehensive Utilization of Low-Grade Refractory Gold Ores, Zijin Mining Group Co. Ltd., China. The growth temperature range of the A. ferrooxidans strain was 28–45°C. The 9K medium was used for enrichment culture of microorganisms in acidic solutions. It was formed by uniformly mixing liquid A and liquid B. Liquid A contained K2HPO4 0.5 g/L, KCl 0.1 g/L, (NH)2SO4 3 g/L, MgSO4⋅7H2O 0.5 g/L, and Ca(NO3)2 0.01 g/L; 1:1 H2SO4 was used to adjust the pH to 2.0. Liquid B contained FeSO4⋅7H2O 44.3 g/L; 1:1 H2SO4 was used to adjust the pH to 2.0, and a 0.22-μm Millipore filter was used for sterilization. Liquid A was autoclaved in a vertical pressure steam sterilizer (Shenan Medical Equipment Instrument, China) at 121°C for 20 min (Xiong and Guo, 2011). All reagents were purchased from Aladdin Industrial, China. Pure water, prepared by passing deionized water through a laboratory water purification system, was used in the experiments.



Acidithiobacillus ferrooxidans Domestication and Cultivation Tests

Acidithiobacillus ferrooxidans domestication and cultivation tests were performed to obtain their growth characteristics. Firstly, the copper sulfide ore samples were crushed into particles smaller than 5 mm by a Jaw Crusher (Chenggong Mining Equipment Instrument, China). Secondly, the crushed samples (20 g) were taken into a 250-ml conical flask, and 100 ml of 9K medium was added. Then a sterile cotton stopper was used to plug the mouth of the conical flask, and the flask was placed in a constant-temperature incubator with a rotary speed of 90 rev/min at 30°C. Sulfuric acid was added to keep the solution pH at 1.6. Fe2+ and Fe3+ concentrations were monitored for solution color change. Lastly, domestication tests were concluded when the solution color turned red and the Fe2+ oxidation rate was > 80%.

After the domestication tests, 90 ml of sterile 9K medium and 10 ml of the cultured bacteria were placed in a 250-ml conical flask. Sulfuric acid was added to keep the pH at 1.8. The culture solutions were placed in a constant-temperature incubator with a rotary speed of 150 rev/min at 30°C. Culturing solution pH was measured every 24 h (see Supplementary Material 1). A culture color that turned from light blue to yellow brown with precipitates indicated that a majority of the Fe2+ present were bio-oxidized to Fe3+. Finally, the domestication culture with the darkest color and the highest Fe2+ conversion rate was subcultured for nine generations.

After the cultivation tests, the A. ferrooxidans (see Supplementary Material 2) used in the experiments was obtained. Its growth cycle was 2 days, the optimal growth pH range was 2–2.4, and the growth temperature range was 28–45°C. Compared with the appearance and growth characteristics of bacteria in the study of Jia et al. (2019), A. ferrooxidans dominated the bacterial communities. Thus, growth conditions of A. ferrooxidans were considered in designing pH and temperatures in dissolved oxygen concentration measurements.



Experimental Setup for Dissolved Oxygen Measurements in Acidithiobacillus ferrooxidans Cultures

The whole setup is shown in Figure 1. Flasks for measuring dissolved oxygen concentration were immersed in a thermostat water bath to guarantee the targeted temperatures. Experiments were conducted under the following conditions:
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FIGURE 1. Experimental setup for measuring saturated dissolved oxygen concentration in bioleaching solutions (1—dissolved oxygen meter; 2—dissolved oxygen electrode; 3—silicone hose; 4—oxygen pump; 5—dissolved oxygen measuring flask; 6—thermostat water bath).



(1)Temperature. The growth temperature range of A. ferrooxidans is 28–45°C, and the growth of A. ferrooxidans is inhibited above 50°c. Therefore, the temperature range was set to 30–50°C.

(2)Constant air pressure. To prevent possible gas leakage during oxygen pumping, the oxygen pump and the dissolved oxygen measuring flask were connected by a silicone hose. A hole with the same diameter as the silicone hose was drilled throughout the flask cork.

(3)Oxygen saturation. To ensure oxygen saturation in bioleaching solutions, air was pumped with an oxygen pump for at least 30 min.

(4)Sterile. To prevent the interference of other bacteria and impurities, the measurements were performed in a sterile environment.





Saturated Dissolved Oxygen Concentration Tests in Abiotic Leaching Solutions

The orthogonal experimental design with five factors and five levels was used in the experiments. Influential factors included temperature, pH, and Fe2+, Fe3+, and Cu2+ concentrations. The saturated dissolved oxygen concentration of bioleaching solutions was measured at combinations of each factor and each level. The iron ions concentration of the bioleaching solutions was controlled according to the following conditions. According to the real bioleaching production parameters, the Fe3+ and Cu2+ concentration ranges are 0–8 and 0–10 g/L, respectively (Vargas et al., 2020). The headers of the five-factor and five-level orthogonal design are listed in Table 1.


TABLE 1. Headers of the five-factor and five-level orthogonal design.
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The saturated dissolved oxygen concentration of bioleaching solutions was measured in CuSO4–FeSO4–Fe2(SO4)3–H2SO4–H2O solutions. Thus, the pH and metal ions concentration ranges of the test solutions were characteristic of the copper sulfide ore bioleaching solutions. The test solutions were prepared by dissolving copper sulfate pentahydrate, ferrous sulfate pentahydrate, and ferric sulfate in pure water. First, to ensure that ferric sulfate was completely dissolved in water and the desired pH was reached, 1:1 sulfuric acid was added to the solutions appropriately. Since ferric sulfate, ferrous sulfate, and copper sulfate were strong acid electrolytes, solution pH was always lower than the designed values. Then, the solutions were filtered through a 0.22-μm Millipore filter. Finally, the air was pumped with an oxygen pump for at least 30 min, and the measuring flask was placed in a thermostat water bath until it reached the desired temperatures. The whole setup was placed inside a clean bench under a constant-temperature condition.



Column Bioleaching Verification

The model designed for oxygen concentration in copper bioleaching solutions was verified by a column bioleaching test. The leaching column was an acrylic glass column with a double-ring structure. The temperature of the leaching system was maintained at 30–50°C by circulating water at a controlled temperature between the inner and the outer walls of the column. The column vertical profile comprised three parts: (i) the top 3 cm of the column was filled with cobblestones 5 mm in diameter, serving as a filter layer; (ii) the middle 50 cm of the column was filled with ore particles < 8 mm in diameter; and (iii) the bottom 10 cm of the column was a gas-stable chamber. The column was sealed, except for the inlet and outlet solution pipes, to prevent atmospheric air disturbance. The leisurely spraying systems were conducted, i.e., 3-day spraying and 1-day suspending in the initial stage, and 2-day spraying and 2-day suspending in the later stage. The bacterial leaching solution was added to the column at a rate of 4 ml/min. The column bioleaching test was carried out for 36 days.



Analytical Methods

Dissolved oxygen concentration was determined using the HengXin AZ-8403 dissolved oxygen sensor (AZ Instrument, China) connected to a meter with temperature and pressure compensation. The temperature range of the dissolved oxygen meter was 0–50°C, which meets the temperature requirements. This device also fulfills continuous measurement of dissolved oxygen concentration at a resolution of 0.01 mg/L and a relative accuracy of 1.5%. The thermostat water bath (Xinbao Instrument, China) was used to control the temperature between 30 and 50°C. Oxygen was pumped through an oxygen pump (Songbao Instrument, China), which can adjust the air output until the solution reaches oxygen saturation (transition time was approximately 30 min). Solution pH was measured with the STARTER 2100 pH meter (Ohaus Instrument, United States) equipped with an ST310 electrode. Panreac buffer solutions at pH 4, 6.86, and 9.18 were used for calibration. The metal ions concentrations in the solutions were measured by an inductively coupled plasma emission spectrometer. All measurements were performed on a clean bench with a clean class of ISO 5 (Class 100).




RESULTS AND DISCUSSION


Establishment and Analysis of Dissolved Oxygen Concentration Model

Dissolved oxygen concentration is commonly measured at 30°C and 1 atm PO2 to explore the effects of inorganic solutes on oxygen solubility in various solutions (Tromans, 2000b). In order to explore the conjoint effects of inorganic ions concentration, temperature, and pH on oxygen solubility, the measurements were performed within temperature and pH ranges that were similar to in situ copper sulfide ore bioleaching. Python language is commonly used in data processing and analysis. Through data training, complex algorithms such as data fitting, regression prediction, clustering, and model selection can be easily realized. Especially in surface fitting, Python language has high flexibility and efficiency. Thus, based on the least squares method, Python programming language was used to analyze 25 sets of measurement data in orthogonal experiments (Table 2), and the saturated dissolved oxygen concentration model was obtained as shown in Eq. 1:
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TABLE 2. Saturated dissolved oxygen concentration measurements.
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where Y is saturated dissolved oxygen concentration (mg/L), X1 is temperature (°C), X2 is pH, X3 is Fe2+ concentration (g/L), X4 is Cu2+ concentration (g/L), and X5 is Fe3+ concentration (g/L).

Based on the theory of multi-linear regression analysis, the fitting parameters analyses of this model were performed by Python programming language, as shown in Figure 2 and Table 3. Results show that the relative error of 76% measurements was < 4%, mostly around 1% (Figure 2A), and the residuals were randomly distributed around the zero scale line (red line in Figure 2B), with most of them between –0.2 and 0.2 without abnormal points. The fitting parameters show that this model had a high-fitting accuracy, as shown in Table 3. P < 0.05 indicated that the regression coefficient was significant. F > F0.95(5, 20) = 4.56 indicated that the regression equation was significant (Huang and Wu, 2020).
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FIGURE 2. (A) Relative error and (B) residual value of the dissolved oxygen concentration model.



TABLE 3. Fitting parameters of this model.
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To test the goodness-of-fit of the model, the designed value of each group was substituted into Eq. 1, and comparison between designed values and measured values shows that this model had a high-fitting accuracy (Figure 3). It shows that a majority of the predicted values fitted very closely to the experimental dissolved oxygen concentrations, with the five factors (temperature, pH, and Fe2+, Cu2+, and Fe3+ concentrations; values summarized in Table 2) showing a significant linear correlation with oxygen concentration. This effect shows that dissolved oxygen concentration decreased with increasing temperature and ion concentration, which was characteristic of salting-out effect. At 30°C–40°C (test nos. 1–15), the model had a higher prediction of dissolved oxygen concentration. The temperature growth range of mesophilic leaching bacteria (such as A. ferrooxidans) is generally accepted to be between 30 and 40°C (Niemel et al., 1994), which correlates well with the characteristics of the developed model.
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FIGURE 3. Comparison of experimental (in red) and fitted (in blue) values of dissolved oxygen concentration in copper bioleaching solutions.


Compared with previous studies (Clever, 1983; Tromans, 2000b; Mazuelos et al., 2017), this model had a higher accuracy in predicting the saturated dissolved oxygen concentration of bioleaching solutions in different leaching periods of copper sulfide ore bioleaching. To analyze the independent effect and the conjoint effects of the five factors on oxygen solubility, Python programming language was used for further analysis.



Comparison of Correlation Coefficients of Independent Factors

A thorough understanding of the effects of temperature, as well as other factors, on dissolved oxygen concentration enables the leaching processes to be modeled and controlled more effectively (Tromans, 1998). Temperature is generally considered to have a great effect on oxygen solubility (Mehdizadeh and Ashraf, 1900; Geng and Duan, 2010; Fleige et al., 2016). Tromans proposed a correction of T by measuring the oxygen solubility in water when the reference temperature was 30°C (Mazuelos et al., 2017), as shown in Eq. 2:
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where T is the temperature in degrees Celsius (°C) and ST0 is the reference solubility measured at a temperature other than 30°C, which differs greatly from S0 (oxygen solubility in pure water at 30°C and 1 PO2 atm, generally considered as 7.56 mg/L).

The correlation coefficient of temperature in an oxygen solubility model is an important parameter to consider. For this reason, the correlation coefficient of the independent factors to dissolved oxygen concentration was obtained by performing linear regression analysis, as shown in Figure 4. The algorithm of the correlation coefficient is as follows:
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FIGURE 4. Correlation coefficient of factors to dissolved oxygen concentration.


where r(X,Y) is the correlation coefficient of a factor to the dissolved oxygen concentration; Cov(X,Y) is the covariance between the designed value and the measurement value; Var| X| and Var| Y| are the variance of the designed value and the measurement value, respectively, which can be obtained by substituting the designed value into the Python algorithm.

The correlation coefficient of temperature to dissolved oxygen concentration was significantly greater than those of other parameters, reaching the value of 0.944 (Figure 4). It indicates that temperature had a more significant effect on oxygen concentration than other factors. As many researchers considered, the effect of pH on oxygen solubility is not significant (Mazuelos et al., 2017). It is worth pointing out that dissolved oxygen concentration decreased linearly as proton concentration in the solutions increased. Figure 4 shows that the changes in Fe2+ and Fe3+ concentrations had lesser effects on the dissolved oxygen concentration in bioleaching solutions than that of Cu2+. It is considered that the link between bioleaching and ferrous ion bio-oxidation restricted the changes in Fe2+ concentration, Fe3+ concentration, and pH values (Mazuelos et al., 2017). The bioleaching behavior of chalcocite was used as an example to explore this effect by means of bio-oxidation stoichiometry, as shown in Eqs. 4 and 5:
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It is generally accepted that chalcocite is easy to oxidize and dissolve compared to other copper sulfides. Additionally, ferrous ions dissolve preferentially to copper ions (Huang, 2015). In in situ fragmentation bioleaching at pH 2–3, Fe3+ exists predominantly in the form of precipitates. As mentioned in the Introduction, Fe2+ and Fe3+ are in a continuous oxidation–reduction process and copper is continuously leached through the action of bacteria. This is the result of a dynamic balance between the bacterial growth and the change in iron ions concentration (Huang, 2015). There are two mechanisms for sulfide ore bioleaching: one is that microorganisms are directly adsorbed on the surface of ore particles and promote mineral oxidation through biological enzymes; the other is that microorganisms directly oxidize Fe2+ to Fe3+, so as to provide oxidants for mineral oxidation reaction. The dissolution of minerals is completed through the thiosulfate pathway or polysulfide compound pathway (Romano et al., 2001). Bioleaching of sulfide ore is generally a chemical reaction process combining the attack by protons and Fe3+. RISCs and Fe2+ are used as electron donors by microorganisms in the bioleaching process. Fe3+ and oxygen are used as electron acceptors (Rawlings, 2005). For pyrite bioleaching, when Fe2+ is oxidized by bacteria, the cytochrome in the bacteria is used as the electron transfer chain, and the molecular oxygen or oxygen-containing layer on the mineral surface is used as the final electron acceptor.



Comparison of Multi-Correlation Coefficients of Various Factor Combinations

To explore the effects of various factor combinations on dissolved oxygen concentration, the multi-correlation coefficient of various factor combinations was calculated by linear regression analysis. The algorithm of the correlation coefficient is as follows:
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where [image: image] is an automatic calculation function in Python programming language; [image: image] is the equation obtained by linear regression of the measurement value to the designed value; [image: image] is the covariance between the measurement value and the fitted value; and Var| Y| and [image: image] are the variance of the measurement value and the fitted value, respectively, which can be obtained by performing the Python algorithm.

In the analysis, the multi-correlation coefficients of various factor combinations (Figure 5) and the multi-correlation coefficients of the factor combinations without temperature (Figure 6) were calculated separately. The reason for separate analyses with and without temperature was to directly explore the degree of influence that temperature has on dissolved oxygen concentration in in situ fragmentation bioleaching systems.
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FIGURE 5. Multi-correlation coefficients of various combinations of process parameters.
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FIGURE 6. Multi-correlation coefficients of factor combinations without temperature.


When considering temperature, the multi-correlation coefficients of various factor combinations to dissolved oxygen concentration were > 0.944. It indicates that temperature was the most significant factor affecting the dissolved oxygen concentration (Figure 5). Figure 5 shows that the multiple correlation coefficients without Cu2+ were significantly reduced (e.g., from the maximum value of 0.956–0.947, for the same factor combination but without Cu2+). This indicates that Cu2+ concentration had the greatest influence among the three ion concentrations considered in this model.

The multi-correlation coefficients were significantly lower when temperature was not considered (Figure 6), compared to those with temperature. There were two prominent drops in the graph when pH and Cu2+ concentrations were not considered. However, when both pH and Cu2+ concentrations were considered, the maximum multi-correlation coefficients varied between 0.285 and 0.293, indicating that these two factors had lesser effects on oxygen concentration than temperature.



Conjoint Effects of Temperature and Other Factors on Dissolved Oxygen Concentration

In the process of bioleaching, temperature had a significant effect on bacterial growth and dissolved oxygen concentration. According to the previous analysis, the change in temperature and other four factors affected the dissolved oxygen concentration in bioleaching solutions. To explore the conjoint effects of the factors on dissolved oxygen concentration, temperature, as the main factor, was combined with other factors to obtain surface fitting based on the least squares method. The algorithm of the least squares method is as follows:
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where m is the sample size of the experiments (value is 25); Xi and Yi are the designed value and measurement value of each group, respectively; and wi is the parameter that needs to be determined to minimize the value of the above function.

Based on the theory of the L–S method, the binary surface approximation model was loaded in the Python database, and the experimental data were substituted into the binary surface parameter matrix. Finally, the fitting surface of two combined factors to dissolved oxygen concentration was obtained as shown in Figures 7–9.
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FIGURE 7. Conjoint effect of temperature and pH on dissolved oxygen concentration.
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FIGURE 8. Conjoint effect of temperature and Cu2+ concentration on dissolved oxygen concentration.
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FIGURE 9. Conjoint effect of (A) temperature and (B) iron ions concentration on dissolved oxygen concentration.


Figure 7 shows that the fitting surface of temperature and pH to dissolved oxygen concentration was steeply inclined. It indicates that dissolved oxygen concentration decreased significantly with the increase in temperature. At 30–40°C, dissolved oxygen concentration decreased with the increase in pH. This effect was different from Alfonso‘s equation, which considered that dissolved oxygen concentration decreased with the decrease in pH (Mazuelos et al., 2017). That is because Alfonso measured dissolved oxygen concentration in an aqueous solution of sulfuric acid, which only considered the change in pH. However, for this paper, dissolved oxygen concentration was measured in CuSO4–FeSO4–Fe2(SO4)3–H2SO4 solutions at 30–50°C. Especially considering the significant effect of bioleaching temperature, the effect of pH on dissolved oxygen concentration is hard to predict. It is certain that pH is linearly related to dissolved oxygen concentration, which is consistent with other studies (Mazuelos et al., 2017; Li et al., 2021). Although pH had little effect on dissolved oxygen concentration, the conjoint effect with temperature was significant, which was consistent with the previous independent effect analysis.

Figure 8 shows that the fitting surface of temperature and Cu2+ concentration to dissolved oxygen concentration was smoother than that of temperature and pH, indicating that the change in pH had a greater effect on dissolved oxygen concentration than that of Cu2+ concentration, which was consistent with the previous analysis of independent effect. It is obvious that the change in Cu2+ concentration had less effect on dissolved oxygen concentration as temperature exceeded 40°C. At 30–40°C, the change in Cu2+ concentration at each temperature level had a significant linearly positively correlated effect on dissolved oxygen concentration.

It is obvious that the conjoint effects of the fitting surface of Fe2+ concentration with temperature (Figure 9A) and that of Fe3+ concentration with temperature (Figure 9B) differed negligibly. As previously analyzed, the correlation coefficient of Fe2+ concentration to dissolved oxygen concentration was similar to that of the Fe3+ concentration. It is worth pointing out that the change in iron ions concentration had less effect on dissolved oxygen concentration than that of Cu2+ concentration within the temperature range from 30 to 50°C, which was concluded by comparing Figures 8, 9. However, in the direct or indirect effects of bacteria on bioleaching, iron ions are involved in an important role (Sasaki et al., 2011). The Fe concentration in bioleaching solutions increased with the increase of bioleaching cycle. Therefore, in each bioleaching cycle, the changes in temperature, pH, and ions concentration in bioleaching solutions need to be carefully considered, and the model (Eq. 1) can be used to accurately predict the dissolved oxygen concentration in bioleaching solutions.



Model Verification Test

In order to verify the abovementioned model (Eq. 1), the pregnant leaching solutions were taken from the column bioleaching test on days 4, 8, 12, 16, 20, 24, 28, 32, and 36. Table 4 shows that the experimental measurements were very close to the predicted values, with the maximum absolute error in oxygen concentration reaching 0.09 mg/L. This indicates that the proposed model (Eq. 1) shows great accuracy in predicting dissolved oxygen concentration and saturation in bioleaching solutions in different time periods during in situ fragmentation bioleaching of copper sulfide ore.


TABLE 4. Results of verification tests (CI is the measurement value and CEq. 1 is the value predicted by Eq. 1).

[image: Table 4]



CONCLUSION

Among different process parameters (temperature, pH, and concentrations of ferrous sulfate, ferric sulfate, and copper sulfate), temperature had the most significant effect on dissolved oxygen concentration. The dissolved oxygen concentration decreased linearly with the increase in temperature. Variations in Cu2+ concentration had a more significant effect on the dissolved oxygen concentration than those in Fe2+ and Fe3+ concentrations. At 30–40°C, dissolved oxygen concentration decreased with increasing metal ions concentrations. When considering temperature, the link between the conjoint effect of the five factors on dissolved oxygen concentration prevented the evaluation of the sole effect of pH, resulting in pH that was linearly negatively related to the dissolved oxygen concentration. Changes in pH had little effect on the saturated dissolved oxygen concentration. A mathematical model of dissolved oxygen concentration was proposed based on surface fitting by Python language, and this model was experimentally verified. This model showed high accuracy in fitting dissolved oxygen concentrations during different periods of copper sulfide ore bioleaching, indicating that in in situ fragmentation bioleaching, dissolved oxygen concentration and saturation can be predicted by monitoring the temperature, pH, and Fe2+, Fe3+, and Cu2+ concentrations in the bioleaching solution.
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Heavy metal resistant bacteria play an important role in the metal biogeochemical cycle in soil, but the benefits of microbial oxidation for plants and soil have not been well-documented. The purpose of this study was to explore the contribution of two Bacillus spp. to alleviate the antimony (Sb) toxicity in plants, and, then, to propose a bioremediation method for Sb contaminated soil, which is characterized by environmental protection, high efficiency, and low cost. This study explored the effects of Bacillus cereus HM5 and Bacillus thuringiensis HM7 inoculation on Broussonetia papyrifera and soil were evaluated under controlled Sb stressed conditions (0 and 100 mmol/L, antimony slag) through a pot experiment. The results show that the total root length, root volume, tips, forks, crossings, and root activities of B. papyrifera with inoculation are higher than those of the control group, and the strains promote the plant absorption of Sb from the soil environment. Especially in the antimony slag treatment group, B. cereus HM5 had the most significant effect on root promotion and promoting the absorption of Sb by B. papyrifera. Compared with the control group, the total root length, root volume, tips, forks, crossings, and root activities increased by 64.54, 70.06, 70.04, 78.15, 97.73, and 12.95%, respectively. The absorption of Sb by root, stem, and leaf increased by 265.12, 250.00, and 211.54%, compared with the control group, respectively. Besides, both B. cereus HM5 and B. thuringiensis HM7 reduce the content of malondialdehyde, proline, and soluble sugars in plant leaves, keeping the antioxidant enzyme activity of B. papyrifera at a low level, and alleviating lipid peroxidation. Principal component analysis (PCA) shows that both B. cereus HM5 and B. thuringiensis HM7 are beneficial to the maintenance of plant root functions and the improvement of the soil environment, thereby alleviating the toxicity of Sb. Therefore, B. cereus HM5 and B. thuringiensis HM7 in phytoremediation with B. papyrifera is a promising inoculant used for bacteria-assisted phytoremediation on Sb contaminated sites.

Keywords: Broussonetia papyrifera, Bacillus cereus, antimony stress, physiological response, phytoremediation


INTRODUCTION

Antimony (Sb) is a common harmful and toxic heavy metal in the environment. It is carcinogenic to the human body and has a long incubation period (Mirza et al., 2017). The toxic degree of Sb to the environment is closely related to its existing form and valence state. With the development of modern industry, the demand for Sb has increased dramatically. As the soil is increasingly polluted by Sb, the content of Sb in plants also increases. Most of the Sb released into the environment is concentrated and transmitted in terrestrial ecosystems, and accumulates in organisms through the food chain, Sb enters the human body through the food chain and binds with sulfhydryl groups, interferes with the metabolism of protein and sugar in the body, damages the human liver, heart and nervous system, and stimulates the mucosa (Mirza et al., 2017; He et al., 2019). Sb and its compounds have been listed as priority pollutants by the United States Environmental Protection Agency and the European Union (Filella et al., 2009). With the increase of industrial applications such as semiconductors, alloys, drugs, and pesticides, the release of Sb in soil has increased sharply in recent decades (He et al., 2019). Therefore, it is urgent to adopt feasible and efficient remediation technology to remediate Sb in polluted soil.

With the increasingly prominent problem of soil Sb pollution, the treatment and remediation technology of Sb contaminated soil has also attracted extensive attention (Bech et al., 2012; Zand et al., 2020). In recent years, the common remediation methods of Sb pollution were mainly divided into physical remediation technology, chemical remediation technology, bioremediation technology, and combined remediation technology (Zhang et al., 2019). Feng et al. (2011) and Huang et al. (2012) found that the exogenous addition of selenium and silicon can reduce the absorption of Sb by crops and improved the toxicity of Sb. Ahmad et al. (2014) selected mussel shell, cow bone, and biochar to immobilize Sb in an army firing range soil. Xu et al. (2021) claimed that earthworm improved the quality of Sb contaminated soil and was a suitable remediation species to improve the ecological function of Sb contaminated soil. Qin et al. (2021) found that microorganisms could remediate the soil contaminated with Sb and make the available metal components in the soil in reaching the safety standard. Feng et al. (2008, 2015) demonstrated that fern plants were additional plant materials for the phytoremediation of As and Sb co-contamination.

Among various repair technologies, phytoremediation technology is widely used in the remediation process of heavy metal contaminated soil because of its low-cost, environmental friendliness, and no secondary pollution (Francesca et al., 2014; Huang et al., 2019; Trippe and Pilon-Smits, 2021). Phytoremediation mainly absorbs heavy metal ions through plant growth and separates pollutants from the soil. Plants use absorption, transfer, extraction, conversion, or fixation of harmful substances to reduce the concentration of heavy metal ions in the soil (Marques et al., 2009; Zeng et al., 2020b). However, most plants grow slowly or have low biomass, resulting in long repair cycles. In addition, the concentration and effectiveness of heavy metals in the soil are the limiting factors for the restoration of plants, and the effect of plant restoration is also limited by environmental conditions, such as soil type, temperature, humidity, and nutrition (Baker et al., 2000; Langella et al., 2014). Furthermore, traditional phytoremediation methods are usually only suitable for mild or moderate metal contamination (Mahar et al., 2016; Sarwar et al., 2017). High concentrations of metal ions can significantly inhibit plant growth and development, reduce photosynthetic rates, and induce oxidative damage (Sharma and Dietz, 2009; Feng et al., 2013). Therefore, it is of great significance to figure out candidate plants with rapid growth, high biomass, and the ability to tolerate high concentrations of heavy metals.

Over the years, a large number of scholars have isolated metal-tolerant bacteria from metals soil contaminated and found that they have the characteristics of promoting plant growth (PGP) (Li et al., 2018). Therefore, these metal-tolerant PGP bacteria were effective enhancers of phytoremediation. In the early 1980s, some researchers suggested that microorganisms reduce the pollution of heavy metals in soil, because microorganisms can fix some toxic heavy metal ions and convert them to a non-toxic or low-toxic state (Chanmugathas and Bollag, 1987; Girolkar et al., 2021). Microorganisms optimize the rhizosphere environment of plants and improve the adaptability of plants to polluted environments by changing the forms of heavy metals (Babu et al., 2015; Mohammadzadeh et al., 2017; Hao et al., 2021). In addition, some strains secrete iron carriers and organic acids, nitrogen-fixing, and phosphorus-soluble substances to improve the polluted soil environment, reduce the toxicity of pollutants to plants, and increase the bioavailability of heavy metals (Gu et al., 2020). Therefore, under the coordination of rhizosphere bacteria, microorganisms can improve plant transportation and enrichment of heavy metals, and are crucial in reducing heavy metal toxicity, improving plant growth and mineral absorption (Kamran et al., 2016; Girolkar et al., 2021). In recent years, a large number of studies have proven that some microorganisms improve the bioavailability of heavy metals and the tolerance of plants to heavy metals through their detoxification mechanism and secretion of beneficial substances, which is conducive to the growth of plants in polluted environments, thereby achieving the effect of strengthening plant remediation. Wang et al. (2020) found that Burkholderia sp. Y4 improved the content of trace elements and the effectiveness of Cd in the soil and reduced the Cd content in rice, especially in the grain. Xie et al. (2020) claimed that Serratia sp. The CTZ4 increased the enzyme activity and biodiversity in the soil, and the strain increased the plant tolerance of Cd and the ability to enrich Cd in Amaranthus hypochondriacus L. Llimós et al. (2021) isolated 7 strains from zinc-lead ore, through phytoremediation experiment with Sinapis alba plants, both shoot, and root growth were higher in inoculated than in un-inoculated white mustard plants after inoculation. In recent years, Bacillus is considered to be one of the most suitable bacteria for adsorbing heavy metals (Barboza et al., 2016). A large number of studies have shown that Bacillus can produce antibacterial substances, reduce the biomass of harmful microorganisms, and improve the ecological environment in soil (Yu et al., 2016; Nayak et al., 2018; Gu et al., 2020). Many results showed that Bacillus spp. could adsorb a variety of heavy metals (As, Cu, Cd, Mn, Pb, etc.) to reduce the toxicity of heavy metals in the environment (Hasan et al., 2010; Biswas et al., 2018; Ghosh et al., 2018; Oladipo et al., 2018; Huang et al., 2020a). The previous studies focused on the adsorption capacity and characteristics of Bacillus strains to heavy metals, while the joint repair of the strains with other organisms was rarely researched. So, we concentrated on exploring a new soil remediation model, using Bacillus spp. to enhance the stress resistance of the pioneer plant of the mining area, and provide remediation plants and bacteria for Sb contaminated soil.

The B. papyrifera is considered to be pioneer species that can effectively improve the environmental quality of heavy metal-polluted soils and has been found in a large number of mining areas (Liang et al., 2018; Zhang et al., 2018). In addition, B. papyrifera is also resistant to salt, drought, and alkali stress environments (Li et al., 2012; Zhang et al., 2012, 2015). In the investigation of Sb mining areas, Tong et al. (2011) found that B. papyrifera has a strong ability to accumulate multiple heavy metals (Sb, Zn, Pb, and As). Studies have shown that the antioxidant enzymes in B. papyrifera help the plant to maintain the normal activities of its living body, so B. papyrifera had better tolerance under heavy metal stress (Chen et al., 2014). Moreover, the microbial community structure is very rich in the rhizosphere of B. papyrifera. Mo et al. (2020) screened a large number of actinomycetes in the rhizosphere of B. papyrifera and found a potential new species Streptomyces phaeolivaceus sp. nov.. Therefore, B. papyrifera could have broad application prospects in repairing soil contaminated by heavy metals.

In previous studies, we isolated two strains of Bacillus (B. cereus HM5, B. thuringiensis HM7) from Hunan Xiangtan Manganese ore. The strains had a high tolerance to heavy metals and the potential to promote plant growth (Xu et al., 2019; Huang et al., 2020a,b), and they were applied to the remediation technology of manganese (Mn) contaminated soil. As an essential element for plant growth, Mn widely exists in nature and is one of the trace elements necessary for biological activities to sustain life (Doncheva et al., 2009). On the other hand, excessive Mn would pollute the environment, inhibit the growth and development of plants, and produce toxic effects. Long-term or high-concentration Mn stress may even lead to plant death. Therefore, Mn has dual effects in nature (Braun, 2003; Delhaize et al., 2007; Cao et al., 2018). However, Sb is not an essential element for biological growth, which is easily absorbed and accumulated by plants and is toxic to plants, animals, microorganisms, and humans (Boreiko and Rossman, 2020; Baruah et al., 2021; Wan et al., 2021). In Mn-contaminated and Sb-contaminated soils, phytoremediation would have different absorption effects. Therefore, in this study, we proposed to use Bacillus to strengthen B. papyrifera to repair Sb contaminated soil, and to explore the absorption mechanism and remediation effect of B. papyrifera with different metal elements.

The Lengshuijiang Sb (Hunan, China) is the largest antimony ore in the world. The average Sb concentration in the soil around the mine reaches 5,949.20 mg/kg, accompanied by moderate to moderate arsenic (As), lead (Pb), and copper (Cu), such pollution has seriously affected the growth of local plants and the quality of life of the people (Nie et al., 2017). Therefore, it is of great significance to solve the Sb pollution problem in this area. In the present study, we proposed the treatment technology of B. papyrifera combined with Bacillus to repair Sb contaminated soil. To prove that these two strains have an enhanced effect on the restoration of Sb contaminated soil, we injected B. cereus HM5 or B. thuringiensis HM7 around the roots of B. papyrifera under Sb stress for 60 days. Through pot experiment, the effects of B. cereus HM5 and B. thuringiensis HM7 on B. papyrifera growth, root morphology, Sb accumulation, physiological characteristics, photosynthesis, and soil environment under Sb stress were determined. The objective of this study was aimed to: (1) evaluate the plant’s growth-promoting characteristics of B. cereus HM5 and B. thuringiensis HM7; (2) to investigate the inoculation effects of B. cereus HM5 and B. thuringiensis HM7 on soil composition, plant growth, biochemical properties, and metal uptake of B. papyrifera under Sb stressed condition; and (3) to explore the potential assisting role of Bacillus in phytoremediation.



MATERIALS AND METHODS


Plant Material and Soil Preparation

The B. papyrifera was purchased from Anhui Zhongke Anyue Forestry Science and Technology Development Co., Ltd.1, all of which were 1-year-old seedlings. The two strains of Bacillus were isolated from Xiangtan manganese ore slag (112°45′E ∼ 122°55′E, 27°53′N ∼ 28°03’N), Hunan, China, and could survive under heavy metal stress and have the potential to promote plant growth (Xu et al., 2019; Huang et al., 2020b). The 16S rDNA analysis of the two strains was carried out and identified as B. cereus HM5 and B. thuringiensis HM7, which were deposited in the China Type Culture Collection Center, Wuhan University (registration numbers were CCTCC NO: M 2019785 and CCTCC NO: M 2019786, respectively). In this experiment, the strains were stored in a beef extract slant medium and refrigerated at −4°C. A small number of colonies was picked into a liquid medium, cultured at 30°C for 24 h. The obtained bacterial solution was stored at 0–4°C and used within 3 h.

The growth substrates used in the experiment were nutritious soil and Antimony slag. Referring to the experiments of Huang et al. (2020a), nutrient soil was purchased from China Lianyungang Hengda Fertilizer Technology Co., Ltd., China2, the main components were perlite, slag, peat, etc., and the pH was 7–7.5. Antimony slag was collected from the Sb mining area in Lengshuijiang City, Hunan Province, China (111°18′57′′ E ∼ 111°36′40′′E, 27°30′49′′ ∼ 27°50′38′′N).



Pot Experiment

The Sb stress experiment was conducted in a pot (diameter 20 cm, height 13 cm) containing nutrient soil (1 kg) or antimony slag (1.5 kg). Added 100 mL of Sb3+ solution with a concentration of 100 mmol/L to the potted plants containing nutrient soil and mixed well (the control group added 100 mL of distilled water to the nutrient soil). Subsequently, transplanted the seedlings of B. papyrifera with uniform growth into pots containing nutrient soil or antimony slag, one for each pot (Supplementary Table 1). In each treatment group, 3 experimental groups were set up, which were injected with a sterile syringe, with 10 mL of distilled water, B. cereus HM5, and B. thuringiensis HM7 bacterial solution (bacterial solution, OD600 = 1, CFU was 1 × 1013 cells/L approximately) was injected into the rhizosphere soil of B. papyrifera with sterile syringes, and each experimental group was repeated 5 time. All plants were grown in a constant temperature culture room for 60 days, with a light period of 10/14 h day and night, a temperature of 26–30°C, and watered to the bottom tray every 5 days to maintain 50–70% of the water storage until harvest (Figure 1).
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FIGURE 1. Experimental process for the antimony stress.




Experiments on Plant Physiological Characteristics

On the 57th day after treatment, the physiological characteristics and chlorophyll content of B. papyrifera seedlings were determined. The physiological indicators included soluble protein, soluble sugar, proline (PRO), malondialdehyde (MDA), superoxide dismutase (SOD), peroxidase (POD), and catalase (CAT). The experiments of each group were repeated 3 times, all indicators were mainly determined by the kit (Supplementary Table 2), and the experimental method was used according to the kit instructions provided by the Nanjing Institute of Biotechnology3 (Zhang et al., 2020).



Determination of Root Structure and Activity

After 60 days of treatment, all plants were harvested. The roots of the plants were rinsed with distilled water, separated the roots, stems, and leaves were with scissors, and stored in an envelope bag. The EPSON scanner (Expression 11000XL, Japan) was used to detect the root system, the total length, surface area, crossings, forks, and tips of the plants were analyzed by WinRHIZO Pro (Regent Instruments, Canada). The root activity was determined by the 2,3,5-triphenyltriazole chloride (TTC) reduction method (Yamauchi et al., 2014), 0.2 g B. papyrifera root was taken into a petri dish, added phosphate buffer, and 0.4% TTC solution, 37°C in the dark for 6–12 h, removed the B. papyrifera root after the reaction, added 10 mL of 95% ethanol, and extracted in the dark for 12 h. Finally, the reacted liquid and the standard curve were measured at 484 nm with an ultraviolet spectrophotometer. All experiments were repeated 3 times.



Determination of Metal Content

The plant sample was put in an oven and dried at 75°C to a constant weight. After weighing and recorded the dry weight (DW, mg) of each tissue of the plant, crushed it with a grinder. Approximately 0.5 g of plant samples were taken in a 100 mL Erlenmeyer flask, placed in a fume hood, added 10 mL of HNO3, covered with a curved neck funnel, samples were heated on the electric hot plate at 160–180°C until the brown gas was exhausted, and, then, it was removed and cooled. Added 3 mL of HClO4, continued to heat until the solution in the conical flask was colorless and transparent, diluted and filtered appropriately, and use inductively coupled plasma emission spectrometer (ICP 7510, Japan) to determine the metal content in the solution. All experiments were repeated 3 times. Equipped with standard samples of Sb and As for determination, the recovery rate was maintained between 90 and 110% to ensure the validity of the data. The bioaccumulation factor (BCF) was calculated as BCF = Mean concentration of plant roots, stems, and leaves/concentration by soil digestion after 60 days of treatment (Rana and Maiti, 2018). The transfer factors (TF) were estimated as TF = Mean concentration of plant stems and leaves/Concentration in roots (Wu et al., 2018).



Determination of Soil Composition

The soil sample was air-dried, and the composition was determined. Preparation of digested heavy metals was taking 0.5 g soil sample into a 100 mL conical flask, placed it in a fume hood, adding 10 mL acid (HNO3 and HCL (1:3, v/v) to each sample, covered with a curved neck funnel. It was heated at 160–180°C on the electric hot plate until the brown gas disappeared. After that, 3 mL of perchloric acid was added, and the solution was heated at 200°C until the solution in the conical flask was off-white. The ultrapure water extraction method to measure the leached metal, the 0.1 mol/L HCl solution extraction method to determine acid-soluble metals, the 0.1 mol/L EDTA solution extraction method to detect EDTA exchange metal (Babu et al., 2014b; Yang et al., 2018; Haolan et al., 2019). Then, inductively coupled plasma emission spectrometer (ICP 7510, Japan) was used to determine the metal content in the solution. Equipped with standard samples of Sb and As for determination, the recovery rate was maintained between 90 and 110% to ensure the validity of the data.

The total organic carbon (TOC) was determined by the potassium dichromate method (Bray and Kurtz, 1945), 0.5 g of soil sample was taken into a 500 mL conical flask, added 10 mL of K2Cr2O7 and 20 mL of H2SO4 in turn, after standing for 30 min, added 220 mL of distilled water and 2–3 drops of phenanthroline indicator, titrated with 0.5 mol/L FeSO4 until the color of the solution changes to a brick red endpoint. TN was figured out by the alkaline potassium permanganate method (Sahrawat and Prasad, 1975; Wei et al., 2019), 1 g of soil sample was taken into a Kjerg tube, added catalyst and H2SO4, and digested in a graphite digester (4 h, 380°C) until there was no black substance on the tube wall, and put the cooled Kjerg tube into the whole chamber, determined in an automatic Kjeldahl analyzer and titrated with 0.02 mol/L HCl. TP was detected by the molybdenum rhenium colorimetry method (Wei et al., 2019), 1 g of soil sample was taken into a crucible, put in a muffle furnace, and heated to gray-white (550°C, 6 h), then, added 5 ml of HNO3 and HCl (1:3, V/V) to obtain the solution to be measured, after constant volume, dinitrophenol indicator, 2 mol/L NaOH and molybdenum Sb anti chromogenic agent was added, and then, constant volume. The standard curve was made with phosphorus standard solution, and the soil sample and standard curve were measured at 700 nm of an ultraviolet spectrophotometer. All experiments were repeated 3 times.



Statistical Analyses

All statistical analyses were performed with SPSS 20.0 for Windows. Data were expressed as mean ± standard deviation (SD). The least significant difference (LSD) method was used to determine whether the difference between treatment groups was significant (P < 0.05). The multivariate analysis in the discussion section was detected by R software and the “vegan” package (Oksanen et al., 2012).




RESULTS


Physical and Chemical Properties of Soil

Before the experiment, TN, TP, and TOC contents of nutrient soil were higher than those of antimony slag. In all treatment groups, both B. cereus HM5 and B. thuringiensis HM7 increased the content of TP, TN, and TOC around the B. papyrifera rhizosphere soil (Table 1). Among them, B. thuringiensis HM7 had the most obvious effect. In 0 mmol/L nutrient soil, B. thuringiensis HM7 increased the contents of TP, TN, and TOC in rhizosphere soil by 17.91, 5.93, and 6.50%, respectively. In the 100 mmol/L Sb nutrient soil, B. thuringiensis HM7 increased the contents of TP, TN, and TOC in rhizosphere soil by 21.11, 9.17, and 2.94%, respectively. In the antimony slag group, B. thuringiensis HM7 increased the contents of TP, TN, and TOC in rhizosphere soil by 121.77, 12.9, and 8.50%, respectively.


TABLE 1. Physicochemical properties of treated soil and slag.
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Before experimental treatment, it was determined that the dissolved Sb content in the slag was 6.19 times that of the 100 mmol/L nutrient soil, and the dissolved As content in the slag was 45.53 and 41.40 times that of the 0 and 100 mmol/L nutrient soil (Table 2). The contents of Sb and As in the slag were much higher than those in the nutrient soil treatment group. After 60 days of injection of the B. cereus HM5 or B. thuringiensis HM7 solution into plant roots, the content of Sb and As in the soil treated with bacteria solution was lower than that without bacteria solution, which indicated that the strains promoted B. papyrifera to absorb Sb and As from the soil.


TABLE 2. Different forms of Sb and As contents of treated soil and slag.
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Root Activity and System Structure

The inoculation of B. cereus HM5 or B. thuringiensis HM7 in the B. papyrifera rhizosphere had a great influence on its root activity and root structure (Table 3). The results showed that B. cereus HM5 and B. thuringiensis HM7 both improved the root activity of B. papyrifera. In the nutrient soil treatment group, the inoculation of B. thuringiensis HM7 was more conducive to improving the root activity of B. papyrifera. In the 0 mmol/L and 100 mmol/L Sb treatments, compared with the control group, B. thuringiensis HM7 increased root activity by 20.37 and 35.71%, respectively. In antimony slag, inoculation of B. cereus HM5 was more beneficial in improving the root activity of B. papyrifera, which increased the root activity by 12.95% compared with the control group. Besides, both B. cereus HM5 and B. thuringiensis HM7 promoted the development of plant length, surface area, crossings, tips, and forks. In 0 and 100 mmoL/L Sb nutrient soil, B. thuringiensis HM7 had a better root development effect than B. cereus HM5, while in antimony slag, inoculation of B. cereus HM5 was more conducive to root structure development. On the other hand, with the increase of Sb concentration, the root activity of B. papyrifera decreased gradually. In the nutrient soil treatment group, Sb stress decreased the amount of plant length, surface area, crosses, tips, and forks of B. papyrifera. Under the condition of no injection of strains solution (CK), the amount of length, surface area, and forks of B. papyrifera decreased with the increase of Sb concentration, indicating that antimony slag had the greatest inhibition on the growth of B. papyrifera root. Under the condition of injecting B. cereus HM5 or B. thuringiensis HM7 solution, the amount length, surface area, crosses, tips, and forks of B. papyrifera decreased first and then increased with the increase of Sb concentration, and the plant length, surface area, crosses, tips, and forks in antimony slag added with B. cereus HM5 were higher than 100 mmol/L nutrient soil treatment group. The plant length, surface area, and tips in antimony slag added with B. thuringiensis HM7 were higher than the 100 mmol/L nutrient soil treatment group. In the 0 mmol/L Sb treatment group, B. thuringiensis HM7 had the most significant promoting effect on the root system. Compared with the control group, the total root length, root volume, tips, forks, and crossings increased by 44.72, 28.02, 35.41, 24.08, and 37.43%, respectively. In the antimony slag treatment group, B. cereus HM5 had the most significant effect on root promotion. Compared with the control group, the total root length, root volume, tips, forks, and crossings increased by 64.54, 70.06, 70.04, 78.15, and 97.73%, respectively. These results showed that both B. cereus HM5 and B. thuringiensis HM7 were more conducive to the growth of B. papyrifera root in antimony slag.


TABLE 3. Root activity and structure of B. papyrifera.
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Malonaldehyde, Proline, Protein, and Soluble Sugar

In all treatment groups, the contents of MDA, proline, and soluble sugars in B. papyrifera were lower than those of the control groups (uninoculation) after the inoculation of the B. cereus HM5 or B. thuringiensis HM7 and the effect of B. thuringiensis HM7 was more obvious (Figure 2). Besides, with the increase of Sb concentration, the content of MDA, proline, and soluble sugar in B. papyrifera gradually increased, and the content in antimony slag was the highest. The protein content of B. papyrifera after inoculation was higher than that of the control group, and the inoculation with B. thuringiensis HM7 was the highest in all treatment groups, which increased by 13.23% (0 mmol/L), 22.35% (100 mmol/L) and 61.20% (antimony slag), respectively, compared with the control group. However, with the increase in Sb concentration, the protein content in B. papyrifera gradually decreased, and the antimony slag treatment group had the lowest protein content.


[image: image]

FIGURE 2. The content of MDA, PRO, protein, and soluble sugar in B. papyrifera. (A) The content of MDA. (B) The content of PRO. (C) The content of protein. (D) The content of soluble sugar.




Antioxidant Enzyme Activity

In all treatment groups, the inoculation of B. cereus HM5 or B. thuringiensis HM7 in the rhizosphere of B. papyrifera reduced the activity of antioxidant enzymes (Figure 3). In 0 mmol/L Sb nutrient soil, compared with the control group (uninoculation), B. cereus HM5 reduced SOD, CAT, and POD by 2.12, 5.98, and 9.01%, respectively. The B. thuringiensis HM7 reduced SOD, CAT, and POD by 1.58, 19.32, and 9.04%, respectively. In the 100 mmol/L Sb nutrient soil treatment, compared with the control group, B. cereus HM5 reduced SOD, CAT, and POD by 21.51, 15.58, and 13.16%, respectively, and B. thuringiensis HM7 reduced SOD, CAT, and POD by 17.40, 25.26, and 29.86%, respectively. In the antimony slag treatment group, B. cereus HM5 and B. thuringiensis HM7 also made SOD (35.72%, 42.96%), CAT (6.29%, 21.35%), and POD (33.51%, 37.55%) activity reduced. On the other hand, the content of SOD, CAT, and POD in B. papyrifera increased with the increase of Sb concentration, and the content of the no injection strains solution group changed the most. Among them, the activities of B. papyrifera SOD, CAT, and POD in antimony slag were 158.53, 45.72, and 172.45% higher than that of 0 mmol/L Sb nutrient soil treatment (CK).
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FIGURE 3. The content of antioxidant enzyme activities in B. papyrifera. (A) The content of SOD. (B) The content of CAT. (C) The content of POD.




Contents of Chlorophyll

Under different treatments group, the inoculation of B. cereus HM5 or B. thuringiensis HM7 promoted the synthesis of chlorophyll a, chlorophyll b, and total chlorophyll (Figure 4). In 0 mmol/L Sb nutrient soil, B. thuringiensis HM7 had the most significant promoting effect compared with the control group (uninoculation), which increased the content of chlorophyll a, chlorophyll b, and total chlorophyll by 65.70, 55.27, and 62.94%, respectively. In the 100 mmol/L Sb treatment group, the promotion effect of B. cereus HM5 was the most significant compared with the control group, increasing the contents of chlorophyll a, chlorophyll b, and total chlorophyll by 66.35, 83.28, and 70.45%, respectively. In the antimony slag treatment group, the promotion effect of B. cereus HM5 was the most significant compared with the control group. The chlorophyll a, chlorophyll b, and total chlorophyll content of B. thuringiensis were increased by 18.41, 26, and 20.46%, respectively. On the other hand, different Sb concentrations had different effects on the chlorophyll of B. papyrifera. In the group without bacterial solution injection and the group inoculated with B. thuringiensis HM7, the chlorophyll a, chlorophyll b, and total chlorophyll in B. papyrifera decreased with the increase of Sb concentration. In the group inoculated with B. cereus HM5, the contents of chlorophyll a, chlorophyll b, and total chlorophyll in the 100 mmol/L sb treatment group were the highest, followed by the group without bacterial solution injection, and the chlorophyll content of B. papyrifera in antimony slag was the lowest.
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FIGURE 4. Synthesis of chlorophyll a, chlorophyll b, and total chlorophyll in B. papyrifera. (A) The content of chlorophyll a. (B) The content of chlorophyll b. (C) The content of total chlorophyll.




Characteristics of Sb and As a Transfer

In 0 mmol/L Sb nutrient soil, no Sb was found in the roots, stems, and leaves of B. papyrifera (Table 4). In the 100 mmol/L Sb nutrient soil, the Sb content in B. papyrifera roots, stems, and leaves after inoculation were all higher than those in the control group (uninoculation), and the B. cereus HM5 treatment group was the most significant. Compared with the control group, inoculation with B. cereus HM5 increased the Sb content of B. papyrifera roots, stems, and leaves by 38.89, 95.58, and 107.85%, B. thuringiensis HM7 increased by 3.95, 52.02, and 35.21%, respectively. In the antimony slag treatment group, inoculation with B. cereus HM5 increased the Sb content of B. papyrifera roots, stems, and leaves by 265.12, 250, and 211.54%, and B. thuringiensis HM7 increased by 241.74, 50, and 55.69%, respectively. Under different Sb treatments, the distribution of Sb content in each tissue was different. In the 100 mmol/L Sb nutrient soil, the distribution of Sb content in each tissue was root > leaf > stem. In the antimony slag treatment group, the distribution of Sb content in each tissue was root > stem > leaf. At the same time, because Sb ore contained heavy metal As, it was detected that the B. papyrifera had the ability to absorb the arsenic element. Compared with the control group, B. cereus HM5 and B. thuringiensis HM7 both increased the content of As in roots, stems, and leaves, among them, B. cereus HM5 was the most significant, increasing by 376.15, 219.11, and 197.40%, respectively.


TABLE 4. The Sb and As content of Broussonetia papyrifera under different treatment.

[image: Table 4]
In the 100 mmol/L Sb nutrient soil treatment, compared with the control groups, the inoculation of B. cereus HM5 or B. thuringiensis HM7 promoted the accumulation of Sb from the soil to plants (Supplementary Table 3). At the same time, the two bacteria also promoted the transfer of Sb from the roots of B. papyrifera to the above-ground part. The BCF increased by 122.22 and 61.62%, and the TF increased by 48.28 and 31.03%, respectively. In the antimony slag treatment group, B. cereus HM5 and B. thuringiensis HM7 both promoted the accumulation of Sb from the soil to plants, and BCF increased by 300 and 175%, respectively; While B. cereus HM5 and B. thuringiensis HM7 both reduced Sb contents from the root to the above-ground part, and TF decreased by 10.26 and 56.41%, respectively. In terms of the enrichment and transport of As elements, both B. cereus HM5 and B. thuringiensis HM7 promoted the accumulation of As from the soil to plants, BCF increased by 294.74 and 152.63%, respectively. Both B. cereus HM5 and B. thuringiensis HM7 decreased the transfer of As from the root to the above-ground part, and TF decreased by 33.06 and 76.86%, respectively.




DISCUSSION

Various abiotic stresses damage plants by increasing the number of active oxygen free radicals, leading to oxidative damage and the destruction of normal cell metabolism (Alscher et al., 2002). Microorganisms can induce stress responses in the plant’s antioxidant system under heavy metal stress, and the response of antioxidant defense capabilities is conducive to the tolerance of plants to high concentrations of heavy metals (Sharma, 2021). At the same time, plants will reduce the toxic effects of heavy metals through a series of physiological reactions. MDA is the final product of plant membrane lipid peroxidation, which can reflect the damage degree of plant membrane lipid peroxidation (Zeng et al., 2020a). Studies have shown that the adaptability of plants under heavy metal stress is usually negatively correlated with the MDA content in the body (Kavousi et al., 2021). In this study, the inoculation of microorganisms under Sb stress reduced the MDA content of B. cereus HM5 or B. thuringiensis HM7, which indicated that inoculation of B. cereus HM5 or B. thuringiensis HM7 could alleviate oxidative damage and reduce the accumulation of active oxygen free radicals. PCA analysis found that the contents of MDA, PRO, and soluble sugars were positively correlated (Figure 5), indicating that the stress of heavy metals would increase the contents of MDA, PRO, and soluble sugars in B. papyrifera. On the other hand, the levels of antioxidant enzymes in B. papyrifera with the inoculation of B. cereus HM5 or B. thuringiensis HM7 were lower than in control plants without inoculation. This indicated that both B. cereus HM5 and B. thuringiensis HM7 played an important role in the antioxidant defense mechanism of B. papyrifera. The production and removal of active oxygen free radicals in plants are in a relatively balanced state, and SOD, POD, CAT, and other enzyme systems are mainly used to remove oxygen free radicals in plants (Zeng et al., 2020a; Llimós et al., 2021). The levels of antioxidant enzymes in B. papyrifera with the inoculation of B. cereus HM5 or B. thuringiensis HM7 were lower than in control plants without inoculation, suggesting that two Bacillus played an important role in the antioxidant defense mechanism of B. papyrifera. Therefore, microorganisms can stabilize plant antioxidant enzyme activity and MDA content, and reduce the toxic effects of heavy metals on plants (Jiang et al., 2014; Naeem et al., 2018; Trippe and Pilon-Smits, 2021), the results indicate that both B. cereus HM5 and B. thuringiensis HM7 inoculation plays an important role in stabilizing cell structure and preventing the generation of reactive oxygen free radicals (Yang et al., 2015), and through producing soluble sugar to play a protective role when the cell’s inorganic ions are too high (Yang, 2016).
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FIGURE 5. (A) PCA of the content of MDA, PRO, sugar, protein, chl a, chl b, total chl, and the activity of SOD, POD, and CAT; (B) PCA of TF, BCF, root structure, root activity, soil nutrients content, and Bacillus.


Photosynthesis is the main process of plant material accumulation, and the accumulation of heavy metals will affect plant photosynthesis, such as chlorophyll degradation, pigment-protein complexes, and damage to stomatal conductance (Petolino and Collins, 1985; Gonzalez et al., 1998). In each treatment group, the contents of chlorophyll a, chlorophyll b, and total chlorophyll in B. papyrifera with the inoculation of B. cereus HM5 or B. thuringiensis HM7 were increased. PCA analysis showed that chlorophyll a, chlorophyll b, total chlorophyll, and soluble protein content were positively correlated, indicating that the strains promoted the synthesis of chlorophyll and soluble protein (Figure 5A). This might be related to the secretion of siderophores by B. cereus HM5 or B. thuringiensis HM7, which accelerated the absorption of Fe by plants, thereby increasing the protein and chlorophyll content of B. papyrifera. Naeem et al. (2018) and Gu et al. (2020) had similar results. PCA analysis found that MDA was positively correlated with proline, soluble sugar, and antioxidant enzymes (SOD, CAT, and POD) activity, and MDA was negatively correlated with chlorophyll a, chlorophyll b, total chlorophyll, and soluble protein. It indicated that after Sb stress, active oxygen free radicals in the B. papyrifera increase, leading to an increase in the content of MDA, soluble sugar, and proline. Li et al. (2015) found that under lead stress, B. thuringiensis KQBT-3 could reduce the content of MDA in plants and promote the absorption of heavy metals in plants. Babu et al. (2014a) claimed that Trichoderma sp. PDR1-7 was involved in the process of plant antioxidant defense, promoting nutrient absorption, and reducing heavy metal toxicity. Thus, we believed that the synthesis of chlorophyll a, chlorophyll b, total chlorophyll, and soluble protein was affected. But by inoculating B. cereus HM5 or B. thuringiensis HM7, these damaging effects could be reduced and the normal physiological level of B. papyrifera be maintained.

In heavy metal contaminated soil, many plants had slow growth and low biomass, inhibiting the efficiency of phytoremediation in heavy metal contaminated soil (Luo et al., 2011; Zand et al., 2020). However, in the soil ecosystem, microbes are one of its important components, which promote energy flow and nutrient cycling in the soil and improve the activity of soil nutrients (Fei et al., 2015). Studies have found that Bacillus could secrete plant hormones in the rhizosphere of plants, regulate the endogenous balance of plant hormones and promote plant growth (Hadia and Ambreen, 2018; Rehman et al., 2018; Gu et al., 2020), these hormones help maintain cell division and cell elongation, thereby increasing stem length and root biomass (Nayak et al., 2018). In this study, soil composition analysis found that the soil TP, TN, and TOC inoculated with microorganisms were increased, indicating that the microorganisms improved soil activity, and had strong tolerance to slag, which improved the utilization of nutrients in slag. In our previous studies, it has been found that B. cereus HM5 and B. thuringiensis HM7 can produce IAA and siderophores, and dissolve phosphorus, which may be the main reason why these two bacteria can promote the growth of B. papyrifera and improve the soil environment (Xu et al., 2019; Huang et al., 2020b). Studies have shown that bacteria stimulate cell elongation or affect cell division by releasing IAA to directly promote plant growth (He et al., 2013). At the same time, microorganisms improved the utilization of phosphorus by plants through the ability to dissolve phosphorus and increased the nutrient content of the plant rhizosphere soil (Khan et al., 2020). A large number of scholars have found that Bacillus has the potential to promote plant growth. Sana et al. (2018) found that Bacillus sp. could increase phosphorus and dissolve and can produce organic acids under the stress of Pb and Cd. Rehman et al. (2018) reported that Bacillus firmus can produce IAA under Pb stress, which can promote the growth of corn. Bacillus aryabhattai was found to reduce the toxicity of As in the environment and positively affect the growth of rice seedlings under As stress (Ghosh et al., 2018). Therefore, B. cereus HM5 and B. thuringiensis HM7 might improve the soil environment of the plant rhizosphere through the ability to produce IAA, siderophores, and dissolve phosphorus, thereby reducing the toxicity of Sb in the soil, increasing the biological activity of nutrients in the soil, and, finally, conducive to the growth of B. papyrifera.

Under heavy metal stress, plant roots are the first point of contact with metal toxic factors, and the ability of roots to adapt to the soil environment is particularly important (Gang et al., 2010). In this study, it was found that the total root length, root volume, tips, forks, and crossings of B. papyrifera rhizosphere inoculated with microorganisms were higher than those of uninoculated, indicating that both B. cereus HM5 and B. thuringiensis HM7 enhanced the adaptation of the B. papyrifera root system to the unfavorable environment and promotes the growth of the plant root. PCA analysis showed that the addition of B. cereus HM5 or B. thuringiensis HM7 was positively correlated with the root structure and root activity of B. papyrifera, and the root activity was also positively correlated with TP, TOC, and TN in the soil. It showed that the root vitality was mainly affected by the nutrients in the soil. The addition of strains could improve the nutrients in the soil and promote the growth of the root system. Studies have shown that some nitrogen-fixing and phosphorus-dissolving bacteria could improve the plant-soil environment by enhancing the dissolution of low-available phosphorus and the absorption of minerals, preventing the loss of nutrients in the soil and increasing plant growth (Ahmed et al., 2006; de Andrade et al., 2008; Medina-Cordoba et al., 2021). In this study, it might be mainly because both B. cereus HM5 and B. thuringiensis HM7 produce different hormones to promote plant growth (Dell’Amico et al., 2008; Zhang et al., 2021), at the same time, the metabolism of microorganisms reduced the toxicity of heavy metals or converted them into an easily absorbed form, thereby promoting the growth of B. papyrifera (Cavalca et al., 2010).

The ability of plants to accumulate (BCF) and transfer (TF) heavy metals is an important factor in judging whether the plant is suitable for heavy metal pollution control (Pan et al., 2018). Rhizosphere microorganisms could increase the bioavailability of heavy metals through acidification, chelation, and redox reactions in the soil, thereby enhancing the absorption of metals by plants (Ma et al., 2011; Abou-Shanab et al., 2020). In this study, inoculation with B. cereus HM5 or B. thuringiensis HM7 improved the ability of B. papyrifera to absorb Sb from the soil, and PCA analysis showed that there was a positive correlation between microorganisms and BCF (Figure 5B). Both B. cereus HM5 and B. thuringiensis HM7 promoted the migration of heavy metals, which may be one of the detoxification mechanisms of B. papyrifera under microbial regulation to adapt to Sb polluted environment (Hemambika et al., 2013). In a heavy-metal-polluted environment, microorganisms could form a symbiosis with plants to improve the plant’s resistance to stress and enhance the plant’s tolerance to high concentrations of heavy metals thereby alleviating the toxic effects of heavy metals on plants (Helena et al., 2019). Ghosh et al. (2018) found that B. aryabhattai AS6 could alleviate the toxicity of As and promote the growth of rice seedlings. Chen et al. (2014) detected that after inoculation of Pseudomonas sp. Lk9, the aboveground biomass of Solanum nigrum L. increased by 14%, and the ability to absorb Cu, Zn, and Cd increased. He et al. (2020) found that Bacillus inoculation improved the rhizosphere soil environment and promoted the absorption of iron and phosphorus by plants, which promoted plant growth and absorption of Cd and Pb. It is worth noting that the absorption and transport of different heavy metals in plants would be different. In this study, inoculation of strains significantly increased BCF of Sb and As and promoted the enrichment of Sb and As in roots compared with the control group. However, this was different from the results of the previous study that the strains enhanced the repair of Mn pollution soil by B. papyrifera (Huang et al., 2020a) which reduced the enrichment amount of Mn in the root of B. papyrifera and promoted the enrichment and transfer of Mn in the aboveground part. The results showed that the resistance to different heavy metals was regulated by different mechanisms in B. papyrifera, and Sb and As were mainly concentrated in the roots to adapt to the stress environment.

In recent years, a large number of studies have shown that Bacillus has the advantages of fast reproduction, simple nutrition, and strong environmental adaptability, which could be used as an important plant growth-promoting bacteria (Ghosh et al., 2018; Rehman et al., 2018; Gu et al., 2020; He et al., 2020). Most Bacillus is Gram-positive bacteria, the cell wall contains a large amount of teichoic acid and peptidoglycan, which can provide amide and carboxyl groups. These groups could negatively charge the bacteria through the loss of protons, resulting in electrostatic attraction and adsorption of heavy metals. A lot of studies have shown that Bacillus can survive under heavy metal stress and can adsorb heavy metals (Pepi et al., 2016; Zhao et al., 2017; Li et al., 2018). At the same time, compared with previous studies (Huang et al., 2020a), it was found that Sb stress had a greater impact on the root activity, BCF and TF of B. papyrifera than Mn stress (Supplementary Figure 1). As an essential element for plant growth, Mn can promote plant growth and root development at low concentrations and inhibit plants at high concentrations. However, the Sb stress in this study was toxic to the root activity of B. papyrifera, and the physiological response of B. papyrifera was similar to that under a high concentration of Mn stress. But the accumulation and absorption of heavy metals, BCF, and TF under Sb stress were significantly lower than those in the Mn treatment group. Therefore, the response mechanism of B. papyrifera to these two metal elements was different. Under Mn stress, B. papyrifera mainly enriched Mn in leaves; however, B. papyrifera mainly absorbed Sb in the roots and hindered its transport to the aerial part under Sb stress. Because of different metal contaminations, different experiments are needed to verify the best soil remediation scheme. In this study, it was further verified that both B. cereus HM5 and B. thuringiensis HM7 could improve the quality of the rhizosphere soil of bramolaceae under heavy metal pollution, alleviate oxidative stress of plants by regulating ion osmosis, and promote root development and heavy metal enrichment capacity of plants. Thus, B. cereus HM5 and B. thuringiensis HM7 cannot only be used as an adsorbent, but also as a biological agents of heavy metal contaminated soil to solve the problem of environmental pollution.



CONCLUSION

In this study, we focused on the effect of two strains of Bacillus spp. on the remediation of Sb contaminated soil with B. papyrifera. B. cereus HM5 or B. thuringiensis HM7 inoculation not only significantly promoted the growth of B. papyrifera but also effectively protected B. papyrifera against oxidative damages caused by Sb pollution. Two strains alleviated oxidative stress of plants by regulating ion osmosis of B. papyrifera to strengthen tolerance and reduce the toxicity of Sb. Furthermore, the strains significantly increased the accumulation of Sb and As in B. papyrifera. B. cereus HM5 and B. thuringiensis HM7 both appear to play an important role in alleviating Sb toxicity in plants, especially under the high level of Sb contamination. All these results suggested that both B. cereus HM5 and B. thuringiensis HM7 could serve as a promising inoculator used for bacteria-assisted phytoremediation on Sb-contaminated.
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Freshwater lakes are often polluted with various heavy metals in the Anthropocene. The iron-oxidizing microorganisms and their mineralized products can coprecipitate with many heavy metals, including Al, Zn, Cu, Cd, and Cr. As such, microbial iron oxidation can exert a profound impact on environmental remediation. The environmental pH is a key determinant regulating microbial growth and mineralization and then influences the structure of the final mineralized products of anaerobic iron-oxidizing bacteria. Freshwater lakes, in general, are neutral-pH environments. Understanding the effects of varying pH on the mineralization of iron-oxidizing bacteria under neutrophilic conditions could aid in finding out the optimal pH values that promote the coprecipitation of heavy metals. Here, two typical neutrophilic Fe(II)-oxidizing bacteria, the nitrate-reducing Acidovorax sp. strain BoFeN1 and the anoxygenic phototrophic Rhodobacter ferrooxidans strain SW2, were selected for studying how their growth and mineralization response to slight changes in circumneutral pH. By employing focused ion beam/scanning electron microscopy (FIB–SEM) and transmission electron microscopy (TEM), we examined the interplay between pH changes and anaerobic iron-oxidizing bacteria and observed that pH can significantly impact the microbial mineralization process and vice versa. Further, pH-dependent changes in the structure of mineralized products of bacterial iron oxidation were observed. Our study could provide mechanical insights into how to manipulate microbial iron oxidation for facilitating remediation of heavy metals in the environment.

Keywords: iron oxidizers, goethite, bio-oxidation, FIB–SEM, TEM


INTRODUCTION

Anaerobic iron-oxidizing bacteria can catalyze the oxidation of ferrous iron [Fe(II)] to ferric iron [Fe(III)] minerals under anoxic conditions (Hedrich et al., 2011; Bryce et al., 2018). The bacteria and their Fe(III) mineral precipitations can adsorb and coprecipitate not only the nutrients, such as phosphorus and carbon (Schmid et al., 2014; Kappler et al., 2021), but also the heavy metals, including Al, Zn, Cu, Cd, Cr, Mn, and Co (Abramov et al., 2020; Aziz et al., 2020). Microbially-mediated anaerobic iron oxidation has important geological significance (Xiu et al., 2019). As an example, the formation of Archean–Paleoproterozoic banded iron formations (BIFs) was thought to be related to anaerobic iron-oxidizing bacteria (Konhauser et al., 2007). Environmental pH is the main factor affecting the growth of microorganisms (Ghosh et al., 2016) by modulating enzyme activity, protein conformation, and functional group activity (Hoštacká et a1., 2010; Aryal and Liakopoulou-Kyriakides, 2014). Even a slight change in environmental pH can exert a significant impact on their growth (Patil et al., 2011). In addition, environmental pH can directly affect the precipitation of iron ions in the process of iron oxidation. It can also influence the types of Fe(II) species formed and enhance their reactivity when pH increases (Huang et al., 2021). For example, Rhodopseudomonas palustris TIE-1 was shown to form different mineralized products under distinct pH pressures (Jiao and Newman, 2007), and poorly crystalline Fe(III) oxyhydroxides and goethite can be formed at low pH, while magnetite was observed at high pH (Bryce et al., 2018). The strain Acidovorax sp. BoFeN1 can also form different mineralized products under pH 7.7 and pH 6.3 (Larese-Casanova et al., 2010).

As outlined above, environmental pH is a strong regulator for bio-oxidation of ferrous iron (Fan et al., 2019) and Fe(III) mineral precipitations. The spherical surface complexes formed by microbial mineralization can show a high affinity for heavy metals at neutral pH (Tong et al., 2019). At present, microscopic tools, including scanning electron microscopy (SEM) (Schädler et al., 2009), scanning transmission (soft) X-ray microscopy (STXM) (Pantke et al., 2012), and confocal laser scanning microscopy (CLSM) (Hao et al., 2013), have been well employed in studying iron-oxidizing bacteria on a larger pH scale. In this study, we combined transmission electron microscope (TEM), X-ray diffraction (XRD), and focused ion beam (FIB)/scanning electron microscopy (SEM) to examine the microscopic relationship between pH and anaerobic iron-oxidizing bacteria during the iron oxidation process and further provide a theoretical basis for future applications of anaerobic iron-oxidizing bacteria in the remediation of environmental heavy metal pollution.



MATERIALS AND METHODS


Bacterial Strains and Cultivation Conditions

Acidovorax sp. BoFeN1 (Kappler et al., 2005) and Rhodobacter ferrooxidans SW2 (Ehrenreich and Widdel, 1994) were used as model strains to analyze the iron oxidation under different pH pressures. Acidovorax sp. strain BoFeN1 is a nitrate-reducing bacterium that can induce Fe(II) oxidation (Klueglein et al., 2013), isolated from Lake Constance littoral sediments. Rhodobacter ferrooxidans SW2 is a purple non-sulfur bacterium that can oxidize Fe(II) phototrophically (Hohmann et al., 2010; Pereira et al., 2017). The low-phosphate anoxic mineral medium (Widdel, 1980; Parkes et al., 2010) was prepared for the growth of all strains, containing 0.3 g·L−1 of NH4Cl, 0.14 g·L−1 of KH2PO4, 0.5 g·L−1 of MgSO4·7H2O, 0.1 g·L−1 of CaCl2·2H2O, and 0.2 g·L−1 of NaCl. The medium was autoclaved (121°C, 1.01 ×105 Pa, 30 min) and cooled down and then was supplied with 1.85 g·L−1 of NaHCO3, 1 mL·L−1 of trace element solution, 1 mL·L−1 of selenite–tungstate solution, and 1 mL·L−1 of vitamin solution (Kappler et al., 2005). Next, the medium was dispensed into sterile penicillin bottles and the headspace was flushed with N2/CO2 (V/V, 80%/20%). To further evaluate the effects of environmental pH on mineralization, the pH of the medium was adjusted to the required values (6.8, 6.9, 7.0, 7.1, and 7.2) by adding Na2CO3 or HCl from stock sterile solutions. Acidovorax sp. strain BoFeN1 was cultivated in 10 mL anoxic medium at different pHs, containing 10 mM of NaNO3, 10 mM of FeCl2, and 5 mM of acetate. The inoculation was 5%, and the strain was incubated at 28°C in the dark for 16 days. The pre-culture of Acidovorax sp. strain BoFeN1 has been cultivated for 192 h to make it growing to the log phase. Rhodobacter ferrooxidans strain SW2 was cultivated in 10 mL anoxic medium at indicated pHs, with 10 mM of FeCl2 as the electron donor. The inoculation was 5%, and the strain was incubated at 20°C under incandescent light for 31 days. The pre-culture of Rhodobacter ferrooxidans strain SW2 has been cultivated for 480 h to enable it growing to the log phase. All treatments were performed in independent triplicates.



Microbial Growth and Mineralization Experiments
 
Cell Growth

The OD600 was measured to monitor the cell growth (Suter et al., 1988). Two milliliters of cultivated samples was centrifuged at 12,000 r·min−1 for 10 min, 1.5 mL supernatant was discarded, and then, 0.45 mL oxalate solution and 0.05 mL 100 mmol· L−1 of ferrous ethylenediammonium sulfate solution were added. After fully mixing, 200 μL of mixtures was measured by a 96-well microplate reader with a maximum absorbance at 600 nm (Multiskan FC, Thermo Scientific). The ferrozine assay (Stookey, 1970) was used to determine the changes in iron ion concentration in culture bottles. In an anoxic glove box (Vinyl Anaerobic Chambers), a 30 μL sample was mixed with 270 μL 1 M of HCl. For total Fe, 20 μL of test solution was added with 80 μL 100 g· L−1 of HAHCl. For Fe(II), a 20 μL test solution was added with 80 μL 1 M of HCl. After incubation in dark for 30 min, 100 μL 1 g· L−1 of ferrozine solution was added. After 5-min incubation, the sample was measured by a 96-well microplate reader with a maximum absorbance at 560 nm. With respect to the mineralization experiment, 2 mL of cultivated samples was taken with sterile syringes at indicated time intervals in the glove box (mixed thoroughly), and the pH value of the sample was measured by an electronic pH meter at room temperature.



Mineral Characterization by XRD, Raman

At the logarithmic to stable phase, 50 mL of cultivated samples was collected and washed with deoxidized distilled water for three times, then filtered with a 0.22-μm pore size filter, and dried in an anoxic glove box. XRD spectra were obtained by an X-ray powder diffractometer (Empyrean, Netherlands) using Cu-K α radiation operating at 40 kV and 40 mA. The Raman spectra were acquired by microscopic confocal laser Raman spectroscopy (Renishaw inVia Reflex, UK) with 50 × objective magnification, 1,800 gr· mm−1 grating, 1.5 μm focus spot, and 325 nm excitation wavelength.



Morphologic Observation

To obtain morphologic information on the two microbial strains during iron oxidation, on the last day of the incubation experiment aliquots of 2 μL were collected, deposited on the 300-mesh carbon-coated Cu grid, and air-dried in an anoxic glove box. Bright-field TEM images were acquired using TEM (Tecnai G2 F20 S-TWIN, USA) operated at 200 kV of accelerated voltage.

Similarly, for FIB–SEM 3D reconstruction, resin block is prepared as described elsewhere (Schmid et al., 2014). In brief, samples were concentrated by low-speed centrifugation (5,000 r·min−1, 10 min) of cell suspension from a stable phase. Cellulose capillary filled with concentrated samples was packed into specimen carrier to prepare for the next step, filled with 1-hexadecene. The specimen carrier was high-pressure frozen using a Leica EM HPM100, followed by freeze substitution (Leica EM AFS2) with 1.25% glutaraldehyde in acetone. The temperature was stepwise increased from −90 to −60°C, then to −40°C, and finally to 0°C. After substitution, samples were washed with acetone and Epon infiltrated stepwise and then embedded in fresh Epon for 2 days at 60°C.

Using a focused ion beam to cut one piece of Epon block, the cut Epon block is close to the area of interest, glued on SEM stub with silver paint and transferred to FEI Scios™ DualBeam system. With a protective layer of Pt, the block was coarse-milled and fine-milled with Ga2+ ion at acceleration voltage of 30 kV. Subsequently, the slice and view software was started, and slice thickness was set to 20 nm, ion current was 0.6 pA-65 nA, image pixels was ≤ 5.0 nm@30 kV and accelerating voltage was 0.5 kV-30 kV. For 3D construction, a series of sliced images were combined into a single 3D volume using Amira.





RESULTS AND DISCUSSION


Microbial Fe(II) Oxidation

The slight fluctuation of environmental pH affected the growth rate and biomass of iron-oxidizing bacteria (Figure 1). Our results showed that lower pH values of the medium led to lower final biomass of cells. The total biomass of the two strains was different but showed the same trend. The cell biomass at pH 7.1 and 7.2 was slightly higher than that at pH 6.8 and 6.9. In addition, we observed that the lower the initial pH value of the medium, the longer the lag phase of Acidovorax sp. strain BoFeN1. When the initial pH of the medium solution was 6.9–7.2, the average lag phase of Acidovorax sp. strain BoFeN1 was about 4 days. When the initial pH dropped to 6.8, the lag phase was up to 6 days. This is because environmental pH is the main factor affecting the growth of all microorganisms (Ghosh et al., 2016). Each bacterium has a pH range suitable for its own growth. The farther the pH of the environment is from the optimal pH, the lower the electrocatalytic activity and efficiency of the microbial biofilm, and the more negative influence affected the growth of the microorganism (Patil et al., 2011). Compared with Acidovorax sp. strain BoFeN1, Rhodobacter ferrooxidans strain SW2 grew much more slowly. Medium with an initial pH of 6.8 also significantly slowed the growth of Rhodobacter ferrooxidans strain SW2. It is known that the adsorption of metal ions by microorganisms depends largely on their growth stage, and the adsorption amount is highest in the logarithmic phase (Fan et al., 2014). Hence, pH 6.8 may significantly affect the adsorption and coprecipitation behaviors of those two strains.


[image: Figure 1]
FIGURE 1. Cell growth (OD600) of Acidovorax sp. strain BoFeN1 (left) and Rhodobacter ferrooxidans strain SW2 (right) with different initial pHs.


The oxidation of iron by the two strains supported the cell growth. For Acidovorax sp. strain BoFeN1, Fe2+ and Fe3+ did not change in the initial 4 days, and after that, Fe2+ was completely oxidized within 2 days. Fe2+ was consumed rapidly, as it can be enzymatically oxidized by the bacterium and abiotically oxidized by NO2 and NO produced from nitrite reduction (Klueglein and Kappler, 2013). Very recently, it was reported that biological Fe2+ oxidation was dominant in the iron oxidation process (Dopffel et al., 2021). It was suggested that in the oxidation of iron by Acidovorax sp. strain BoFeN1, the microorganisms themselves were mainly responsible for the complete oxidation of Fe2+ within 2 days. The curve of Fe(III) production of Rhodobacter ferrooxidans strain SW2 was highly consistent with its growth curve (Figure 2). There were almost no changes in Fe2+ and Fe3+ in the initial 5 days, and then, Fe2+ was gradually oxidized to Fe3+. In general, except for that the iron oxidation of Acidovorax sp. strain BoFeN1 was inhibited at pH 6.8, there was no significant difference in the rates of Fe2+ oxidation by the two iron-oxidizing bacteria cultivated under different initial pH pressures.


[image: Figure 2]
FIGURE 2. Changes in Fe(II) and Fe(III) concentration throughout the period of cell growth under different pH pressures. Each experiment was run in triplicate cultures. Decreased Fe(II) concentration of strain BoFeN1 (A) and strain SW2 (B), and increased Fe(III) concentration of strain BoFeN1 (C) and strain SW2 (D).




Changes in pH

The pH of the medium decreased gradually with the growth of the two strains (Figure 3). The solution pH of Acidovorax sp. strain BoFeN1 decreased from the initial range of 6.8–7.2 to the range of 6.5–6.7. This is likely because Fe3+ formed during Fe2+ oxidation by the two iron-oxidizing bacteria could combine with OH− in the solution (10Fe[image: image]) (Klueglein et al., 2013). The pH of Rhodobacter ferrooxidans strain SW2 decreased to a larger extent than Acidovorax sp. strain BoFeN1. The solution pH of Rhodobacter ferrooxidans strain SW2 decreased from the initial range of 6.8–7.2 to the range of 5.5–5.8. First, the oxidized Fe3+ is also bound to OH− (HCO[image: image]) (Pereira et al., 2017), resulting in a decrease in the pH value. Second, C-type cytochrome foxE was found to be involved in the iron oxidation pathway of Rhodobacter ferrooxidans strain SW2, resulting in a better diffusion of the generated ferric hydroxide (Croal et al., 2007). To prevent ferric compounds from crusting on the cell surface and thus affecting the normal growth of microorganisms, both strains of bacteria have evolved metabolic strategies to reduce the microenvironmental pH around the cells. For example, proton motive force (PMF) produced a slightly acidic microenvironment so that Fe(III) was dissolved and was activated near the cells, thus achieving the purpose of migration and transfer of ferric ions (Johnson et al., 2007; Schädler et al., 2009).


[image: Figure 3]
FIGURE 3. Dynamic changes in pH of Acidovorax sp. strain BoFeN1 over 16 days (left) and Rhodobacter ferrooxidans strain over 31 days (right).


These results indicated that the environmental pH affected the growth of the two strains and vice versa. This drop in pH has also been observed by other studies. As an example, the pH of the environment around the iron-oxidizing bacterium Thiodictyon sp. strain F4 growing in a solid medium was lower than cells and distant microenvironments, as evidenced by microelectrode measurement and chemically labeled confocal laser scanning microscopy (Hegler et al., 2010). Another example is that microbial iron oxidation in pig manures induced changes in environmental pH, decreasing from 6.34 to 2.4 within 12 days of incubation (Wei et al., 2020). Together, data showed that the metabolism of iron-oxidizing bacteria can acidify the microenvironment deeply around or between cells (Kappler and Newman, 2004). In addition, the solubility of iron ions is higher under acidic conditions, so the acidification of Acidovorax sp. strain BoFeN1 and Rhodobacter ferrooxidans strain SW2 may affect the degree of crystallization of microbial mineralization products.

Environmental pH is an important variable controlling the adsorption of metal ions to microorganisms (Hua et al., 2019). The optimum pH range for the adsorption of many heavy metals, such as Pb(II), Cu (II), Ni(II), Zn(II), Cd(II), and Cr(III), is 5–6 (Kumari et al., 2017; Zhang et al., 2017; Xu et al., 2020). Rhodobacter ferrooxidans strain SW2 and Acidovorax sp. strain BoFeN1 can decrease the environmental pH to 5–6 during iron oxidation; thus, these two strains have an important application prospect in the bioremediation of heavy metal ions.



Spectroscopic Characteristics of Mineralized Products
 
Mineralogical Analysis

To further study the mineralization of anaerobic iron-oxidizing bacteria, we used XRD to examine the powder samples from the middle and last stages of incubation with Acidovorax sp. strain BoFeN1 and Rhodobacter ferrooxidans strain SW2. As shown in Figure 4, the XRD patterns of Acidovorax sp. strain BoFeN1 in the middle and at the end of the experiment were consistent with the diffraction characteristics of goethite. It shows that the lower initial pH of the medium can decrease the crystallinity of the sample.


[image: Figure 4]
FIGURE 4. X-ray diffractograms of precipitates collected from (A) 8 days of Acidovorax sp. strain BoFeN1; (B) 15 days of Rhodobacter ferrooxidans strain SW2; (C) 16 days of Acidovorax sp. strain BoFeN1; and (D) 31 days of Rhodobacter ferrooxidans strain SW2. The bottom of (A,C,D) marks the diffraction peak of goethite, and the bottom of (B) marks the diffraction peak of vivianite.


In the middle stage of the experiment, the XRD pattern of Rhodobacter ferrooxidans strain SW2 was in agreement with the diffraction characteristics of vivianite (Figure 4B), while at the end of the experiment, the vivianite gradually disappeared, replacing by goethite with low crystallinity (Figure 4D). Previous experiments indicate that the phosphate and carbonate contained in the medium can form soluble complexes and precipitates with ferric ions, which can destroy the crystallization and affect the mineral properties of ferric oxides (Larese-Casanova et al., 2010). At the same time, extracellular polymer (EPS) production was shown to inhibit the growth of mineral crystals (Klueglein et al., 2013). That is why the final mineralized product of Rhodobacter ferrooxidans strain SW2 is goethite with low crystallinity. The structure of the final mineralized products of the two strains was nearly identical, and the influence of environmental pH on them was similar, that is, the lower the initial pH value of the medium, the worse the crystallinity, because higher pH would increase the adsorption and reactivity of microorganisms to Fe2+ (Huang et al., 2021).

As for vivianite, because the medium could form white precipitation with FeCl2, vivianite existed at the initial stage of culture of both strains. Note that there was no trace amount of vivianite in the middle and late spectrograms of Acidovorax sp. strain BoFeN1, which indicated that the ability of Acidovorax sp. strain BoFeN1 for the utilization of ferric ions in Fe(II) minerals with certain crystallinity was stronger than that of Rhodobacter ferrooxidans strain SW2 (Miot et al., 2009c). Acidovorax sp. strain BoFeN1 could also proceed abiotically via the secretion of reactive nitrite outside the cell (Miot et al., 2009a).



Mineral Morphology

XRD is not qualified to analyze the poorly crystalline minerals (Huang et al., 2021), so Raman spectroscopy is used for analyzing chemical groups and mineralogy of mineralization. The information obtained from the Raman pattern (Figure 5) was consistent with the results of XRD. The products of Acidovorax sp. strain BoFeN1 in the middle and end of the experiment were almost the same. The product characterized by the characteristic peaks of 124 and 483 cm−1 was goethite (De Faria and Lopes, 2007), among which the characteristic peak of 1,096 cm−1 mainly represented the vibration of C–OH group (Laso-Pérez et al., 2018), 808 cm−1 represented the stretching vibration of O–P–O bond (Huayhongthong et al., 2019), and 1,430 cm−1 represented the deformation vibration of C–H which might be –CH2 and –CH3 on the cell membrane (Lorenz et al., 2017). In addition, the characteristic peak of 925 cm−1 might be formed by the deformation and vibration of C=C bond, which also contained the characteristic peak of P–OH in phosphate (920–970 cm−1) (Huayhongthong et al., 2019). It showed that the product of Acidovorax sp. strain BoFeN1 was goethite, which also contained some phosphate.


[image: Figure 5]
FIGURE 5. Raman spectra of precipitates collected from (A) 8 d of Acidovorax sp. strain BoFeN1; (B) 15 d of Rhodobacter ferrooxidans strain SW2; (C) 16 d of Acidovorax sp. strain BoFeN1; and (D) 31 d of Rhodobacter ferrooxidans strain SW2.


There were differences in the Raman spectra of Rhodobacter ferrooxidans strain SW2 samples between the middle and last stages of cultivation. However, the response of the samples under different initial medium pHs was not consistent. The Raman spectra of the samples at pH 7.0, 7.1, and 7.2 showed obvious peak changes in the middle and last stages. The characteristic peak of 925 cm−1 on 31 days was lower than the peak of that on 15 days, which indicated the decrease in Raman signal of vivianite. The increase in characteristic peak of 1,096 cm−1 represented the gradual secretion of lipids and polysaccharides by microorganisms. However, at pH 6.8 and pH 6.9, it remained unchanged, which indicated the low pH of the initial medium would affect the formation of mineral product.




Micromorphological Characteristics of Iron-Oxidizing Bacteria

Bright-field TEM images showed that the morphology of minerals on the cell surface of Acidovorax sp. strain BoFeN1 and Rhodobacter ferrooxidans strain SW2 was completely different. The cell surface of Acidovorax sp. strain BoFeN1 was mainly attached to the nano-sized mineral particles (Figure 6A), because there were preferential Fe-blinding and Fe-oxidizing sites on the plasma membrane (Miot et al., 2011). These particles grew with the oxidation process (Figure 6B), and finally, the whole cell surface was encrusted (Schädler et al., 2009). They were considered as amorphous iron phosphate precipitation (Miot et al., 2009b) and iron hydroxide (Bryce et al., 2018), which promoted the microbial transport, absorption, and utilization of iron, and were considered as intermediate products before goethite.


[image: Figure 6]
FIGURE 6. TEM images of cell mineralization oxidizing by Acidovorax sp. strain BoFeN1 (A,B) and Rhodobacter ferrooxidans strain SW2 (C,D), scale bar = 1 μm.


In contrast to Acidovorax sp. strain BoFeN1, cells of Rhodobacter ferrooxidans strain SW2 were encapsulated by filamentous substance but not crusted, showing a state of fibrosis (Figure 6C). In addition, a kind of nearly spherical mineralized substance of large diameter was observed on the surface of cells (Figure 6D). The surface layer of the spherical material was also fibrous; maybe the spherical substance had a structure folded by fibrous material. These fibers are mainly formed by lipids and polysaccharides secreted by cells (Gupta and Diwan, 2017), and then, nano-sized goethite precipitates these fibers as templates on the fibers to form fibrous mineralized products (Miot et al., 2009b).

According to TEM images, both strains had their own unique regulatory mechanism to migrate iron minerals, thereby preventing the cell crusting from affecting the growth. For example, EPS production was a strategy to decrease encrustation (Klueglein et al., 2013). However, our results showed that Acidovorax sp. strain BoFeN1 was encapsulated by a mineralized substance, while Rhodobacter ferrooxidans strain SW2 was not, indicating that Rhodobacter ferrooxidans strain SW2 had a stronger ability to transfer and regulate Fe3+ than Acidovorax sp. strain BoFeN1. From the change in the pH curve of samples, it could be seen that the pH of Rhodobacter ferrooxidans strain SW2 solution decreased much more than that of Acidovorax sp. strain BoFeN1. It showed that Rhodobacter ferrooxidans strain SW2 had a stronger ability to regulate the microenvironmental pH during iron oxidation. TEM and EDX were used to analyze Rhodobacter ferrooxidans strain SW2 and Acidovorax sp. strain BoFeN1 at the middle and end of the experiment under different pH conditions. By comparing TEM image and EDX information, it was found that different initial medium pHs (6.8–7.2) had little effect on microimaging of both strains.



FIB–SEM 3D Reconstruction of Acidovorax sp. Strain BoFeN1

FIB–SEM 3D reconstruction enables us to better understand cell mineralization to avoid ineffective interpreting of 2D images. The morphology of cells in two stages and the morphology of extracellular minerals on the nano-sized scale were observed using the TEM images of cells of the same type to express the details of 3D imaging more clearly. After 3D imaging of samples of Acidovorax sp. strain BoFeN1 and combining with the TEM image results, we found that pH at the microscopic scale had no significant effect on 3D imaging, so we selected two representative 3D images to carry out the morphologic observations. The pH was 6.8 (Figure 8) and 6.9 (Figure 7).

As shown in the Figures 7, 8, it contained at least two completely crusted cells, and the compacted part was mainly cells. Referring to the same type of TEM diagram (Figure 8A), granules spread on the cell surface. In addition, large, loose, and massive aggregates were observed outside the cells (Figures 8B–D). XRD and Raman information showed that the product was goethite with low crystallinity, because the bulk aggregate was more dominant in the whole system. Bulky minerals were attached to the cell surface and interconnected with chain-like agglomerations of globular structures outside the cell (Schmid et al., 2014).


[image: Figure 7]
FIGURE 7. TEM image containing encrusted cell [(A), red arrow] and different perspective images of FIB/SEM tomography (B,C) with fully and partially encrusted cells (red arrow), scale bar = 1 μm.



[image: Figure 8]
FIGURE 8. TEM image (A) and FIB/SEM serial images (B–D) of mineral globules [red arrow of inset in (A), white circle in (B–D)] spread on cell surface, scale bar = 1 μm.


The composition of mineralized products of anaerobic iron-oxidizing bacteria depended on various factors, such as geochemical conditions, microbial community, and ferrous ion concentration (Bryce et al., 2018). The 3D reconstruction showed that the formation of minerals in the whole solution system went through the process of crystallization, dissolution, and recrystallization, from the minerals on the cell surface to the massive aggregates outside the cell. First, the minerals crystallized on the cell surface (see the circle in Figure 8), and then, due to the unique metabolic mechanism of ferric-oxidizing bacteria, the pH around the cell was reduced. At this time point, the mineralized products on the surface of the cell began to dissolve. The pH difference between the cell surface and the farther position away from the cell promoted their recrystallization at a distant position, resulting in the minerals transformed from disordered phase to more ordered crystals (see the large, loose, and massive aggregates in Figure 8) (Hegler et al., 2010). In this recrystallization, heavy metal ions can combine with mineral crystals and then precipitate in sediments, which promotes the immobilization of heavy metal ions (Abramov et al., 2020).

The recrystallization indicates that the mineralized products generated by bacterial metabolism on the cell surface have little influence on the composition of the final mineralized products. The results of Larese-Casanova consolidate the claim that Acidovorax sp. strain BoFeN1 has produced a lot of goethites and a small amount of lepidocrocite at pH 7.7, but produced almost all of the lepidocrocite at pH 6.3 (Larese-Casanova et al., 2010). Meanwhile, the bulk aggregates had a larger proportion in the whole system, which also confirmed that the geochemical conditions of the solution (including pH) were key factors that determined the final mineralized products of the anaerobic iron-oxidizing bacteria.




CONCLUSION

The metabolic mechanisms for iron oxidation by Acidovorax sp. strain BoFeN1 and Rhodobacter ferrooxidans strain SW2 are different, and it is unsurprising that their mineralized products on the cell surface also differed. However, their metabolic activities respond similarly to changes in the environmental pH. It is found that at pH 6.8, the cell growth of Rhodobacter ferrooxidans strain SW2 and Acidovorax sp. strain BoFeN1 is inhibited and the crystallinity of goethite products is decreased. When pH is higher than 6.8, the mineralization process of the two strains can be improved, which may increase the possibility of adsorption and coprecipitation of heavy metal ions. The environmental pH can influence the metabolic activity of anaerobic iron-oxidizing bacteria, and in turn, both the two strains can reduce the pH around cells to localize minerals away from cells. Eventually, the pH of all culture solutions decreases to pH 5–6, which is the optimum pH range for the adsorption of many heavy metals. The 3D reconstruction shows that the mineralized products experience crystallization on the cell surface, dissolution, and recrystallization at distance from the cell. The observed massive aggregates in the system indicate that pH has a stronger influence on the final mineral structure of anaerobic iron-oxidizing bacteria than the oxidation processes. These minerals have the potential to adsorb and coprecipitate heavy metals. The higher crystallinity of the resulting minerals can make the heavy metal ions in the minerals more stable and less likely to be released. In this case, higher efficiency of bioremediation can be expected. Taken together, the abilities of Rhodobacter ferrooxidans strain SW2 and Acidovorax sp. strain BoFeN1 to adsorb heavy metal ions can be adjusted by slight changes in pH under neutrophilic conditions, and it has application prospects in bioremediation.
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Mercury (Hg) pollution is a worldwide problem and increasing day by day due to natural and anthropogenic sources. In this study, mercury-resistant (HgR) bacterial isolates were isolated from industrial wastewater of Ittehad Chemicals Ltd., Kala Shah Kaku, Lahore, Pakistan. Out of 65 bacterial isolates, five isolates were screened out based on showing resistance at 30–40 μg/ml against HgCl2. Selected Hg-resistant bacterial isolates were characterized as Bacillus subtilis AA-16 (OK562835), Bacillus cereus AA-18 (OK562834), Bacillus sp. AA-20 (OK562833), Bacillus paramycoides AA-30 (OK562836), and Bacillus thuringiensis AA-35 (OK562837). B. cereus AA-18 showed promising results in the resistance of HgCl2 (40 μg/ml) due to the presence of merA gene. Scanning electron microscopy (SEM) analysis of immobilized B. cereus AA-18 showed the accumulation Hg on the cell surface. The inoculation of immobilized B. cereus AA-18 remediated 86% Hg of industrial wastewater up to 72 h at large scale (p < 0.05). In silico analysis showed structural determination of MerA protein encoded by merA gene of B. cereus AA-18 (OK562598) using ProtParam, Pfam, ConSurf Server, InterPro, STRING, Jpred4, PSIPRED, I-TASSER, COACH server, TrRosetta, ERRAT, VERIFY3D, Ramachandran plot, and AutoDock Vina (PyRx 8.0). These bioinformatics tools predicted the structural-based functional homology of MerA protein (mercuric reductase) associated with mer operon harboring bacteria involved in Hg-bioremediation system.

Keywords: mercury-biodetoxification, merA, immobilization, industrial wastewater, in silico


INTRODUCTION

Mercury pollution is caused by a number of natural sources like forest fires, volcanic eruptions, nd anthropogenic activities such as coal combustion, mining, manufacturing of chemical compounds, metal processing, incineration, and industrial waste management (Budnik and Casteleyn, 2019). Mercury is a highly toxic heavy metal present in the environment. Mercury and its compounds have a toxic effect on humans and animals, but the pattern of toxicity differs with its chemical states such as organic, inorganic, and metallic (Rice et al., 2014). Mercury is highly bioaccumulative and responsible for neurotoxic and cytotoxic effects in humans (Rahman and Singh, 2019).

Mercury causes protein alterations and loss of function by attaching with sulfhydryl ligands of amino acids (Fashola et al., 2016). It can be transformed into different chemical forms by oxidation–reduction and methylation–demethylation process (Streets et al., 2018). Among all chemical forms of mercury, inorganic mercury ions (Hg+2) are highly toxic due to high affinity with cysteine residues of proteins of central nervous system, high lipid solubility, and high uptake rate across biological membranes (Beckers and Rinklebe, 2017). The properties of organic form of mercury also make huge contribution in biomagnifications and bioaccumulations to cause mercury toxicity (Souza-Araujo et al., 2016). Two unique aspects of mercury make it the most toxic environmental contaminant as its huge distribution around the globe and its tendency to get more toxic after methylation (Me-Hg) complex (Jaishankar et al., 2014).

Mercury pollution is a serious global problem as its concentration is increasing day by day in water bodies due to the excess flow of contaminated water containing trace elements and heavy metals (Hsu-Kim et al., 2018). In developing countries including Pakistan, the industrial wastes are directly disposed off into the freshwater without making them harmless or non-toxic (Kirk et al., 2014). Industrial effluents are a massive source of heavy metals, that is, mercury (Hg2+), copper (Cu2+), nickel (Ni2+), cadmium (Cd2+), chromium (Cr3+), and lead (Pb2+) (Ali et al., 2019). Irrigation of crops using such polluted water leads to less productivity of crops and is eventually harmful for human health upon consumption Hg-contaminated foods (Balkhair and Ashraf, 2016). Accumulation of organic and inorganic mercury in the human body causes severe diseases of heart and kidney (Obasi and Akudinobi, 2020).

Various technologies such as immobilization, precipitation, ion exchange, reverse osmosis, and electrochemical treatment have been used for reducing the amount of mercury from industrial wastewater (Zimmerman et al., 2007), but such technologies hold some limitations and drawbacks as being expensive, less effective, basic treatment, and source of hazardous byproducts. Therefore, biodetoxification technique using different bacterial mechanisms is the best possible approach to remediate mercury as it is cost-effective and efficient against all concentrations of heavy metals (Kallithrakas-Kontos and Foteinis, 2016).

Wastewater is treated for detoxifying mercury utilizing bacteria which convert highly toxic form of mercury (Hg2+) into less toxic form (Hg0). In recent times, bacterial detoxification systems have gained much importance due to their potential to remediate pollutants from environment (Mahbub et al., 2017). Mercury-resistant bacteria harboring mer operon have been evaluated for detoxification of mercury compounds. Bacteria use mercuric reductase, a cytoplasmic enzyme encoded by merA gene of operon. Organomercury lyase (merB) is also encoded by mer operon that catalyzes the protonolytic breakdown of C-Hg bonds in organomercury compounds. Both merA and merB encode for a periplasmic protein (merP) and various inner membrane proteins such as merT, merC, merE, merF, and merG which help in transporting Hg2+ into or out of cytoplasmic membrane (Barkay et al., 2003; Amin and Latif, 2017a).

The utilization of microorganisms with carrier polymers is an appropriate option as it has high productivity, constant quality, and cost-effectiveness. Immobilized cells are reusable with extensive shelf life and protect the cell from external environmental conditions. Immobilized cell system is categorized into four classes on the basis of their physical and support mechanisms, that is, adsorption, aggregation, confinement, and entrapment. Gel entrapment by using natural polymers like agar, alginate, collagen, and gelatin is a technique which can easily be performed under ambient conditions (Martins et al., 2013). Sodium alginate has been used to immobilize bacterial cells to minimize the cell damage (Oyeagu et al., 2018). Microbial cells are entrapped within beads of calcium alginate considered one of the most extensive method used for immobilization of microbial cells (Dong et al., 2017).

Keeping in mind the serious considerations of mercury pollution, the current study is aimed to screen out the Hg-resistant and H2S-producing bacteria for their potential role in detoxification of mercury due to the presence of merA gene both in free and immobilized cells. This study also aims to in silico study of MerA protein by determining the physicochemical properties, domain and motif analysis, protein–protein interaction and molecular pathway analysis, 2D and 3D structure and ligand-binding prediction, and visualization of interaction between Hg and MerA protein using various computational tools.



MATERIALS AND METHODS


Isolation and Purification of HgR Bacteria

Samples of industrial wastewater were collected from Ittehad Chemicals Ltd., Kala Shah Kaku, Lahore, Pakistan (Latitude = 31.72°N, Longitude = 74.26°E). The physicochemical properties such as temperature, pH, soluble salts, organic matter, Hg2+ concentration, and soluble N, P, and K of all collected samples were measured. A 10-fold serial dilution was prepared for each sample, and from 10−3 dilution, 100 μL was poured to LB agar (g/L) plates which contained tryptone, 10; yeast extract, 5; NaCl, 5 and agar; 15. LB media were supplemented with different concentrations ranging from 30 to 40 μg/ml HgCl2. Plates were incubated for 24 h at 35°C. After incubation, bacterial colonies having different morphological characteristics were observed and purified on new LB plates containing HgCl2.



Morphological and Biochemical Characterization of HgR Bacterial Strains

HgR bacterial strains AA-16, AA-18, AA-20, AA-30, and AA-35 were analyzed for various morphological and biochemical characteristics, that is, Gram staining, spore staining, mannitol fermentation, catalase, citrate, oxidase, nitrate reductase, Voges–Proskauer, H2S production, motility, and gelatin hydrolysis tests were performed for the determination of their approximate genus.



Molecular Characterization of 16S rRNA and merA Genes

Bacterial isolates AA-16, AA-18, AA-20, AA-30, and AA-35 showing high resistance against HgCl2 were identified by 16S rDNA ribotyping. Genomic DNA of selected bacterial isolates was extracted by WizPrepTMg DNA mini kit (https://www.wizbiosolution.com/). PCR amplification of selected genes was performed using primers for 16S rRNA gene; 16S-F (5′AGAGTTTGATCCTGGCTCAG3′) and 16S-R (5′AAGGAGGTGATCCAGCCGCA3′) (Normand, 1995) and for merA gene; merA-F (5′ATGACCACCCTGAAAATCAC3′) and merA-R (5′AAAGCACGACGCGGCCTACAT3′). Amplification conditions were optimized for selected genes as denaturation at 94°C for 1 min, annealing at 55°C for 1 min, extension at 72°C for 2 min, and chain elongation at 72°C for 10 min, for 35 cycles. Amplified PCR products were sent to the Macrogen sequencing core facility (https://dna.macrogen.com/) in Korea. The obtained sequences were subjected to BLASTn for homology analysis and submitted to GenBank.



Phylogenetic Analysis

Phylogenetic analysis among bacterial species of the Bacillus genera on the basis of 16S rRNA and merA genes was done by multiple sequence alignment through ClustalW. MEGE-X software, ver.05 (https://www.megasoftware.net/), was used to construct phylogenetic tree by neighbor-joining method. Bootstrap test value with 1000 replicates was used to determine the percentage homology among different species.



Detoxification of Hg2+ by Selected Bacterial Isolates

Detoxification of toxic ionic mercury (Hg2+) into less elemental mercury (Hg0) was carried out by dithizone method (Elly, 1973). Briefly, 5 μL culture of each HgR bacterial strains AA-16, AA-18, AA-20, AA-30, and AA-35 was inoculated in 5 ml of LB medium and incubated at 37 °C for 24 h. From each culture (O.D. 2.0 at 600 nm), 1.5 ml was inoculated in six flasks (6th flask was taken as negative control) containing 30 ml of LB medium supplemented with 40 μg/ml HgCl2. All the flasks were put to shaking incubator at 120 rpm for 24 h at 37 °C. Conc. H2SO4 was used to adjust pH 4.0 of each culture medium. All the cultures were centrifuged at 12,000 × g for 15 min, and supernatant was taken and transferred to separating funnel. Supernatant was allowed to cool, and 2.5 ml of chloroform and 4 ml of 6N acetic acid were added with continuous shaking. Dithizone solution, 5 ml of 0.001%, was added to remaining solution and agitated for 1 min. Cotton was put to the tip of separating funnel to separate the layers, and dithizone–Hg complex was eluted. Selected HgR bacterial strains underwent reduction reaction (Hg2+ Hg0) by vaporizing Hg0 through mercuric reductase. No significant color was produced with dithizone on reduction of given concentration of Hg2+ to Hg0. Orange color was observed in the presence of Hg2+, and color became more intense with higher concentration of Hg2+. The detoxification of LB medium was estimated by the evaluation of optical density (O.D.) of water-free chloroform extracts of each strain at 500 nm against blank.



Immobilization of HgR Bacterial Cells

Cultures of HgR bacterial strains: B. cereus AA-18 was grown at 35°C overnight in 50-ml LB medium at 150 rpm. Culture was centrifuged at 12,000 × g for 5 min at room temperature when their O.D.600nm was 1.0. Encapsulation of cultures was performed with 2% sterile solution of sodium alginate containing 3% sucrose. Bacterial–alginate mixture was extruded dropwise from a height of approximately 15 cm into an access of 75 mM of CaCl2 with constant stirring. Bacterial cells entrapped with the beads of calcium alginate were indurated in CaCl2 solution within 15 min. Solution of 5 mM CaCl2 was used to wash synthetic encapsulated beads for 1 h. Immobilized beads were collected by filtration and stored at 4°C for prolonged use.



Detoxification of Hg2+ by Immobilized Bacterial Cells

Detoxification of Hg2+ by immobilized bacterial cells was performed by inoculation of 4-g synthetic beads in 50-ml LB medium supplemented with 30 μg/ml HgCl2. Culture was filtered and washed with sterile 5 mM CaCl2 after every 72 h at 30 °C. For estimation of Hg2+, dithizone method was performed. Free cell culture of same strain was also grown in LB medium and used as a negative control.



Shelf Life of Immobilized B. cereus AA-18

Four aliquots of immobilized cells were used to determine their shelf life. Each aliquot was grown in LB medium containing 20 μg/ml HgCl2 at 30°C for 48, and amount of Hg2+ was quantified in bead-free extract by dithizone method.



Bioremediation of Wastewater by Immobilized AA-18 and SEM Analysis

Large-scale experiment was set up to determine the ability of immobilized AA-18 to remove Hg2+ from wastewater effluent up to 12 days. Three containers were taken. In first container, 15 L of distilled water was taken along with 3 L of immobilized AA-18 cells. In the second container, 15 L of industrial wastewater and 3 L of free B. cereus AA-18 cells grown to log phase were taken. In the third container, only 15 L of industrial wastewater was taken. Samples were incubated up to 10 days at 37 °C. Samples were spun at 5,000 × g for 5 min to separate the cells. Supernatant was used for the quantification of Hg2+ in industrial wastewater removed by bacterial cells. SEM analysis of immobilized B. cereus AA-18 was performed by diluting one drop of 48 h culture with 15 ml of ddH2O. Sample was critically point dried on a carbon surface slide. The morphological, topographical, and crystallographic information about bacterial cell was provided by scanning electron microscope (SEM) (JEOL-JSM-6480).



Statistical Analysis

All experiments were performed independently in triplicates, and the experimental data were subjected to mean, standard deviation, and analysis of variance (ANOVA) using statistical package SPSS (SPSS Inc., Chicago, USA).



Physicochemical Characterization of MerA Protein

Portparam tool was used for the physiochemical analysis of MerA protein. Portparam (https://web.expasy.org/protparam/) gave results on the basis of protein information stored in Swiss-Port, TrEMBL, and the query sequence used by the user as input. Parameters like molecular weight, estimated half-life, amino acid composition, extinction coefficient, instability index, atomic composition, aliphatic index, and grand average of hydropathicity were evaluated.



Domain and Motif Analysis

Conserved sequence and functional analysis of MerA protein were predicted using Pfam, ConSurf Server, and InterProScan. Pfam (http://pfam.xfam.org/) works on the basis of its huge collection of protein families processed by multiple sequence alignment and hidden Markov model (HMM) (Finn et al., 2016). Functional domains and important sites of the protein sequence were functionally predicted and analyzed by InterProScan (https://www.ebi.ac.uk/interpro/search/sequence/). For the purpose of protein subcellular localization and binding domains, prediction Motif Finder tool was used (https://www.genome.jp/tools/motif/).



Protein–Protein Interaction and Molecular Pathway Analysis

STRING database contains information regarding every possible contact among the connected proteins. MerA protein interactions with other protein were identified using STRING (https://string-db.org/). This database was enabled to predict protein interactions in various organisms (Szklarczyk et al., 2021). Kyoto Encyclopedia of Genes and Genomes (KEGG) software (https://www.genome.jp/kegg/pathway.html) was used for high understanding of functional activity of merA gene and its role in biological systems. KEGG is a collection of different databases which is overloaded with information regarding genomes, diseases, drugs, chemical substances, and metabolic pathways (Kanehisa et al., 2017).



2D Structural Prediction of MerA

Secondary structure prediction of selected MerA protein was performed using PSIPRED tool (http://bioinf.cs.ucl.ac.uk/psipred/). It determined the secondary structure of protein on the basis of PSI-BLAST position-dependent matrices. The query sequence for the prediction was provided in the form of protein FASTA sequence or FASTA file.



3D Structural and Ligand-Binding Site Prediction

TrRosetta (https://yanglab.nankai.edu.cn/trRosetta/) was used for the prediction of 3D structure of MerA protein. It is online software for secondary and tertiary modeling of proteins. Input was provided in the form of a query sequence consisting of single amino acid sequence or a multiple sequence alignment. Generally, choice of homologous protein template is beneficial for accurate model formation. TM-score indicated the accuracy of the 3D structure of protein. TM-score ranges from 0 to 1, and acceptable range is above 0.5. Computed atlas of surface topography of proteins (CASTp) was used for the confirmation of binding pockets available in the protein model.



3D Structural Verification

3D structures of our protein were validated by ERRAT, VERIFY 3D, and Ramachandran plot. ERRAT (http://servicesn.mbi.ucla.edu/ERRAT/) analyzed the binding interactions of different amino acids at the atomic level. It also generated a validation score on the basis of statistical evidence. Ramachandran plot (https://saves.mbi.ucla.edu/) validated the protein 3D structure by the torsional angles—phi (ϕ) and psi (ψ)—of amino acid residues present in peptide chain. It gave an estimate of disallowed and allowed torsional angles and served as a significant parameter to assess protein 3D model.



Mercuric Compounds

Highly toxic Hg2+ compounds found in nature were searched in the literature and downloaded their 2D structures in (.sdf) format from PubChem (https://pubchem.ncbi.nlm.nih.gov/). Using the 2D structure of Hg2+ compounds available in (.sdf) format, their 3D structures in (.pdb) format through OpenBabel-3.1.1 tool were generated. All the Hg2+ compounds used in this study contained toxic properties and possessed threats for the environment and the biological life.



Docking

Molecular screening of organic and inorganic Hg2+ compounds was performed by AutoDock Vina and PyRx tool. During this process, Hg2+ molecules were docked against the MerA protein. PyRx is an offline tool which allowed to virtually screen out multiple ligands for computational drug designing or to check the interaction between molecules and the targets. For visualization of interactions between Hg2+ and MerA, PyMol and Discovery Studio were used. The results in 3D representation made it easier to understand the interactions at molecular level.




RESULTS


Screening, Morphological, and Biochemical Characterization HgR Bacterial Isolates

Selection of bacterial strains was based on Hg2+ resistance potential at different concentrations, that is, 30–40 μg/ml HgCl2. The physicochemical parameters of selected samples at the time of collection were determined as follows: temperature 25 °C, pH 6.2, soluble salts 0.65 g/Kg, organic matter 7.9 g/Kg, Hg+2 concentration 30–40 μg/ml, soluble N, P, and K 50.4, 4.0, and 43.5 mg/Kg. Four AA-16, AA-20, AA-30, and AA-35 out of 65 bacterial isolates were selected based on showing minimal inhibitory concentration (MIC) value at 30 μg/ml, whereas the strain AA-18 showed highest resistance against HgCl2 up to 40 μg/ml. Bacillus megaterium strain MB1 was taken as positive control on the basis of showing highest resistance up to 40 μg/ml against HgCl2 as shown in Table 1. Selected bacterial strains were morphologically and biochemically characterized as Bacillus spp. (Table 2).


Table 1. Bacterial isolates showing resistance at different concentrations of HgCl2.
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Table 2. Morphological and biochemical characterization of selected bacterial isolates.
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Molecular Characterization of 16S rRNA and merA Genes

Selected bacterial strains (AA-16, AA-18, AA-20, AA-30, and AA-35) showing resistance against HgCl2 were characterized by 16S rDNA ribotyping and identified as B. subtilis AA-16 (OK562835), B. cereus AA-18 (OK562834), Bacillus sp. AA-20 (OK562833), B. paramycoides AA-30 (OK562836), and B. thuringiensis AA-35 (OK562837).

Selected bacterial strains (AA-16, AA-18, AA-20, AA-30, and AA-35) on the basis of 16S rRNA sequencing were analyzed by constructing phylogenetic tree and compared with the sequences of type strains (https://lpsn.dsmz.de/). Phylogenetic analysis revealed 85% homology of selected strain AA-16 with type strain, B. subtilis TL03T (KR26718). Similarly, strain AA-20 showed 100% homology to other type strains, B. subtilis AS12T (MF497446), and other closely related species. Selected strain AA-18 was found to be 100% homologous with B. cereus BDU5T (JX84760). In the next clade, strain AA-30 showed 100% similarity among B. paramycoides K7.2T (MT373545) and Mu3AMT (MT373523). Similarly in clade 5, selected strain AA-35 showed 100% homology with B. thuringiensis BDzCT (MN203614) and other closely related species as shown in Figure 1A.


[image: Figure 1]
FIGURE 1. Phylogenetic analysis performed by neighbor-joining method of selected Hg-resistant bacterial strains with other closely related species based on (A) 16S rRNA gene sequence and (B) merA gene sequence.


Selected HgR bacterial strains were confirmed for the presence of merA gene which encodes mercuric reductase (MerA), an enzyme involved in the conversion of toxic ionic mercury (Hg2+) into less toxic elemental mercury (Hg0). Phylogenetic analysis based on merA gene revealed 100% homology among selected HgR bacterial strain and other closely related species (Figure 1B).



Estimation of Hg2+-Detoxification by Selected Bacterial Isolates

The ability of selected HgR bacterial isolates to detoxify Hg2+ in LB medium containing 30 μg/ml HgCl2 was evaluated by dithizone method. The results showed that B. cereus AA-18 possessed the highest ability to remediate Hg2+ up to 85% from the medium and other selected strains, AA-16, AA-20, AA-30, and AA-35 detoxified 70, 73, 76, and 75%, respectively, (p < 0.05) as shown in Figure 2A.
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FIGURE 2. (A) Biodetoxification of Hg2+ by selected bacterial isolates in LB medium. (B) Biodetoxification of Hg2+ by immobilized strain AA-18. (C) Shelf-life analysis of immobilized B. cereus AA-18. (D) Bioremediation of Hg2+ polluted wastewater by immobilized AA-18.




Bioremediation of Hg2+ by Immobilized AA-18

Highly Hg-resistant B. cereus AA-18 was immobilized as synthetic beads in sodium alginate and remediated 28 μg/ml (93%), whereas free cells detoxified 26 μg/ml (85%) of Hg2+ from LB medium supplemented with 30 μg/ml HgCl2 (p < 0.05) as shown in Figure 2B. Immobilized beads of B. cereus AA-18 dissolved gradually, but their potential to remediate Hg2+ remained same upon using them in four cycles. SEM analysis of sodium alginate immobilized B. cereus AA-18 showed the accumulation of Hg on the cell surface due to production of H2S which reacted with Hg2+to form HgS.

[image: image]
 

Shelf Life of Immobilized B. cereus AA-18

Synthetic beads of B. cereus AA-18 were stored at 4°C for 2 months, and their detoxification kinetics was observed up to 40 days with an interval of 10 days. The results showed that ability to detoxify Hg2+ by AA-18 remained same even after storing for 2 months as shown in Figure 2C. After every interval of 10 days, two hundred entrapped cells (8g) were added in 100-ml LB medium supplemented with 30 μg/ml HgCl2 and incubated at 37°C for 48 h. The amount of Hg2+ was quantified by dithizone method in the residual cell free extract.



Bioremediation of Hg2+ in Wastewater by Immobilized AA-18 and SEM Analysis

An experiment was designed in laboratory to evaluate the potential of immobilized B. cereus AA-18 to detoxify Hg2+ up to 12 days. The results revealed that removal of Hg2+ by immobilized AA-18 was higher in industrial effluent than distilled water due to the presence of other heavy metals in effluent that acted as essential cofactors such as cobalt (Co2+), copper (Cu2+), iron (Fe2+), manganese (Mn2+), and zinc (Zn2+). These microbes along with other cofactors speeded up the Hg2+ removal from industrial effluent. Therefore, distilled water with immobilized AA-18 detoxified 35% of Hg2+ after 12 days whereas 90% of Hg2+ was remediated from industrial effluent by immobilized AA-18 (p < 0.05) as shown in Figure 2D. A crystalline structure of HgS deposited on the cell membrane of B. cereus AA-18 confirmed its ability to remediate mercury in contaminated wastewater as shown in Figure 3.


[image: Figure 3]
FIGURE 3. SEM analyses of Hg2+ detoxification in industrial wastewater (A) with beads of immobilized B. cereus AA-18 and (B) without beads of immobilized AA-18.




Conservedness of merA Gene

Pfam analysis explained that merA gene contained a conserved domain of amino acids which is a heavy metal association (HMA) domain. This domain comprised of two conserved residues of cysteine which enabled it to bind with heavy metals. CoSurf provided a 3D representation of conservedness in selected MerA protein along with a color scale showing degree of conservedness. Supplementary Figure S1 depicted the degree of conservedness occupied by the amino acid sequence.



Physiochemical Properties and Functional Analysis

Physiochemical analysis of merA gene sequence showed 561 amino acids with molecular weight of 58,767.07 in the sequence. The instability index of MerA protein was 33.33 which predicted it a stable protein. GRAVY hydropathicity was 0.084, and half-life was predicted as 30 h in mammalian reticulocytes, >20 h in yeast cell, and >10 h in Escherichia coli. MOTIF tool and InterProScan functionally characterized the gene on the basis of certain domains present in merA gene such as pyridine nucleotide-disulfide oxidoreductase, heavy-metal-associated domain, FAD-binding domain, glucose-inhibited division protein A, NAD(P)-binding Rossmann-like domain, and family of unknown function (DUF6286). Biological role of MerA was determined by InterProScan as detoxification of Hg2+ ion and cellular redox homeostasis.



Protein-Protein Interactions and Molecular Pathways

STRING provided the protein–protein interaction of merA gene with its neighboring genes. Rhizobium bacteria were used as a model organism to study the linkages of merA gene by STRING. Mercuric reductase merA is the main gene responsible for degradation of toxic Hg2+. STRING also showed the other interacting gene like acetyltransferase component of pyruvate dehydrogenase complex (ARN20282.1), pyruvate dehydrogenase E1 (AceE), E1 component of the oxoglutarate dehydrogenase complex (SucA), glycine cleavage system protein T (GcvT), and serine hydroxymethyltransferase (GlyA). These are involved in different metabolic activities like pyruvate dehydrogenation, catabolism, transportation, and cleavage. KEGG further confirmed the role of merA gene in Hd reduction. It had elaborated that merA has a potential ability to oxidize metal ions by using NAD+ or NADP+ as an acceptor. Here, it also showed that Hg2+ also worked as a substrate for merA gene activity. Figure 4 represents a 3D image of nicotinamide adenine dinucleotide phosphate (NADP+) domain of MerA protein docked with NADPH+ molecule. Interaction studies performed to check the efficiency of mercury-resistant bacteria reported that merA formed complex with NADPH played a central role in Hg2+ vitalization. Figure 4 represents a docked complex of NADP+ as a substrate molecule with our MerA protein.
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FIGURE 4. NADP+ docking with NADP-binding domain of MerA protein.




Secondary Structure of MerA

Secondary structure information was investigated by computational approach. The results of PSIPRED showed different formations in MerA protein with the help of various color representations. Yellow, pink, and gray colors indicated residues forming strand, helix, and membrane interactions and transmembrane helix formations, respectively. PSIPRED also showed different polar, non-polar, and hydrophobic regions present in the protein sequence as shown in Supplementary Figure S2.



3D Structure of MerA Protein and Its Binding Pockets

TrRosetta was used for 3D structure prediction of MerA protein. It provided five models of protein with high confidential score (Tm: 0.822). Score higher than 0.5 Tm is considered to be carrying accurate predicted topology. Protein structures were predicted on the basis of sequence information and by comparing the homology of the already available structure of protein. Minimum criteria for selection of template while modeling of protein structure were as follows: confidence > 0.6, E-value <0.001, and coverage > 0.3; and values for MerA protein model templates were as follows: confidence = 100, E-value <0, and coverage > 80. Computed atlas of surface topography of proteins (CASTp) provided information regarding available binding pocket prediction of MerA protein. Highlighted sequences represented the binding pocket residues in the peptide chain as shown in Figure 5.


[image: Figure 5]
FIGURE 5. (A) 3D model of MerA protein. (B) Representation of residues in binding pockets of MerA protein.




Structural Validation

ERRAT verified MerA protein model and predicted the overall quality factor with value of 96.337. VERIFY 3D passed selected protein model by averaged score of 3D-1D 95.37% residues with more than 0.2. Furthermore, Ramachandran plot showed 90.7% of the residues occupied the favorable region of the graph. Remaining 9.1% residues were found in the additional favorable region and 0.2% in disallowed region of graph, and 90% residues were found in the generously allowed region of Ramachandran plot as shown in Supplementary Figure S3.



Docking and Molecular Interactions

Interaction analysis between Hg2+ compounds and MerA protein explained the direct binding affinity of Hg2+ with MerA protein. According to the results obtained, direct affinity of Hg2+ toward MerA protein was made possible by the help of alkyl bonds, van der Waals forces, and hydrogen bonding. Supplementary Figure S4 and Figure 6 demonstrated the interaction of methylmercury and dimethylmercury in 3D and 2D manner. It also explained that not much strong binding had been made between the protein and Hg2+ directly. However, docking with complex compounds of Hg2+ showed a major rise in binding energy from −2.6 in methyl mercury to −7.1 in N-(Ethylmercury)-p-toluene sulfonanilide. This indicated that linkage of complex organic or inorganic group with Hg2+ is an essential factor in order to attain better binding energies. Moreover, structure possess by the ligand hold the potential importance whether a ligand interacts loosely or strongly with the active site (Ferreira et al., 2015). Table 3 shows the energies obtained after docking of some toxic Hg2+ compounds with MerA protein.


[image: Figure 6]
FIGURE 6. (A) Interaction of methyl mercury with MerA protein. (B) 2D representation for interaction among alanine, valine, threonine, and phenylalanine.



Table 3. Toxic compounds of mercury and their binding energies with MerA protein.
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DISCUSSION

Mercury is a naturally occurring heavy metal that poses deleterious effects on the health of living organisms (Ha et al., 2017). Mercury and its compounds are deposited in environment mainly due to the anthropogenic activities such as wastewater disposal in water bodies (Lamborg et al., 2014). All these activities have increased the concentration of mercury to an alarming extent; therefore, it is an urgent need to remove mercury and its hazardous compounds from environment by ecofriendly and cost-effective techniques (Wang et al., 2020). In recent years, the use of microorganisms gained attention to remediate mercury contaminants from environment due to its vast applications in industry (Yin et al., 2019).

Isolation of mercury-resistant bacterial species belonging to the genera of Staphylococcus, Pseudomonas, Escherichia, and Bacillus was reported in many studies (Zeyaullah et al., 2010; Keramati et al., 2011). This study was conducted to screen out mercury-resistant gram-positive bacteria Bacillus sp. from industrial wastewater effluents. Keeping in mind the toxic effects of Hg-pollution and the best possible options for Hg biodetoxification, Hg-resistant bacterial isolates were screened out from industrial wastewater samples and then identified by molecular characterization. Based on 16S rDNA ribotyping, selected bacterial isolates were characterized as B. subtilis AA-16 (OK562835), B. cereus AA-18 (OK562834), Bacillus sp. AA-20 (OK562833), B. paramycoides AA-30 (OK562836), and B. thuringiensis AA-35 (OK562837).

Detoxification of mercury by immobilized cell is a novel approach used to remediate heavy metals nowadays from the industrial wastewater (Amin and Latif, 2013). A study, conducted by Amin and Latif (2017b), reported Candida xylopsoci immobilized as synthetic beads in sodium alginate reduced 93% mercury while free cells remediate 75% mercury from the medium within 36 h at 30°C. In this study, B. cereus AA-18 showed not only high resistance to mercury but also possessed highest potential to remediate mercury from industrial wastewater. Free bacterial cells of strain AA-18 remediated 85% mercury from the medium, and its potential is enhanced to 93% when entrapped by sodium alginate. The entrapment of B. cereus AA-18 cells in sodium alginate enhanced the ability to remediate mercury as compared to free cells. The polymeric composition of sodium alginate entraps metal non-specifically for transporting into bacteria cells (Latif and Amin, 2017).

Immobilization poses no harmful effect on the shelf life of microorganisms instead of providing favorable environment for protecting from external harsh conditions and sustaining their genetic stability (John et al., 2011). Amin and Latif (2013) evaluated shelf life of immobilized C. xylopsoci with sodium alginate and showed that encapsulation has no effect on potential to reduce mercury after storage at 4°C up to 2 months. In this study, the shelf life of immobilized B. cereus AA-18 cells was determined at interval of four constant cycles and resulted no loss of cell viability and ability to reduce mercury was up to 90% in all cycles.

Biodetoxification of mercury is the main process by which concentration of heavy metals in wastewater is treated (Saranya et al., 2019). Perulli et al. (2021) reported the highest potential of Pseudomonas corrugate and P. fluorescens against heavy metals present in industrial wastewater. Likewise, a study conducted by Saranya et al. (2019) showed 60% of mercury removal by B. cereus, 95% by B. thuringiensis, and 68% by B. pumilus at 10 μg/ml concentration of HgCl2. In this study, a lab-scale experiment was conducted to assess the potential of B. cereus AA-18 cells to detoxify mercury from industrial wastewater. The percentage removal of mercury in effluent with beads was recorded 90% after 12 days. This experiment has revealed that immobilized cells never lose their potential to remediate mercury contaminant from the industrial wastewater.

In this study, the tendency of merA toward Hg2+ biodetoxification by using the computational tools was analyzed. The significance of merA gene for bacteria in order to achieve tolerance against toxic heavy metals like Hg2+was also investigated. It was revealed that merA gene works in a network by interacting with its partner genes such as merB, merR, merF, merD, merT, and merP. It also interacted with some other genes that regulated different catabolic, reduction, transportation, and cleaving pathways. Among these interacting genes taking part in Hg reduction, merA still holds the supreme importance. It had been seen that absence of a merT or merR does not necessarily affect the process of Hg2+ reduction to a greater extent.

According to the literature, no data provide the mechanism of Hg2+ reduction by Hg-resistant bacteria (Wang et al., 2020). Here, in this study, a deeper level of understanding regarding the actual interaction of Hg2+ and merA gene was provided. It was planned to figure out that if merA is responsible for reduction of Hg2+ stress, then it might be had strong affinity for Hg2+ compounds. Thus, a varying list of energy values with different compounds was obtained. This variability in energies might also be influenced by using merA gene of a different bacterial strains or species. It could also study the diversity of binding affinities of merA gene of different bacterial species for Hg2+ compounds in future.

This study included the computational analysis on taxonomic and phylogenetic distribution of merA gene among bacteria species. High rate of similarity with merA sequence of other bacterial species and strains of Citrobacter farmer, Klebsiella michiganensis, Klebsiella pneumonia, Salmonella enteric, and Escherichia coli was found. Therefore, these bacterial species will also interact in a same way with toxic Hg2+ compounds of environment like merA gene (Dang et al., 2019). This also showed that the above bacterial species contained a same tendency to detoxify heavy metals from the environment. MerA gene occupied a huge diversity of taxa which clearly indicated the importance of characterizing Hg2+ transformation process of much higher and diverse range of organisms (Naguib et al., 2018). The insights will definitely enhance the knowledge regarding the physiology and ecology of microbial community in modulating the form of Hg2+ in environment. Further exploration will lead to find out the uniqueness and potential abilities associated with the variations and evolutionary sequences of merA gene.

Previous studies had not shown direct in silico interactions of merA with toxic Hg2+ compounds (Asaduzzaman et al., 2019). Methylmercury is highly toxic for central and peripheral nervous system. Inhalation of Hg2+ vapors gives rise to neural damage, growth problems, lung impairment, microcephaly, and even death (Xia et al., 2021). This study demonstrated interactions of methylmercury with MerA protein which could become a potential source of bioremediation of methylmercury in future. Moreover, there is a need to further study to get familiar with the exact mechanism involved in bioremediation. Discovery studio tool identified the ligand bindings, active sites, and nature of bonds. The aim of visualization at molecular level was to locate accurately the position of small Hg2+ molecule inside MerA protein.



CONCLUSION

In view of the results obtained, it is demonstrated that alginate immobilization of Bacillus cereus AA-18 can be a practical method for removal of mercury from industrial wastewater. Immobilized B. cereus AA-18 cells have exhibited an excellent potential of reusability and stability. Based on described in vitro and in silico attributes, it is concluded that B. cereus AA-18 is likely to be the potential candidate for biodetoxification of mercury (Hg) contaminated aquatic environment.
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Name of the
Sb-oxidizing bacteria

Cupriavidus sp. NL4

Comamonas sp. NL11
Acinetobacter sp. NL1
Acinetobacter sp. NL12
Pseudomonas sp. NL2
Pseudomonas sp. NL5
Pseudomonas sp. NL6
Pseudomonas sp. NL10
Pseudomonas sp. IK-S1

Stenotrophomonas sp.
IK-S2

Acinetobacter sp. JL7
Comamonas sp. JL25
Comamonas sp. JL40
Comamonas sp. S44
Stenotrophomonas sp.
JL9

Variovorax sp. JL.23
Arthrobacter sp. LH11
Acinetobacter sp. LH3
Sphingopyxis sp. DA6
Sphingopyxis sp. DS8
Cupriavidus sp. S1
Moraxella sp. S2
Bacillus sp. S3

Bosea sp. AS-1

Variovorax paradoxus
strain IDSBO-4
Hydrogenophaga
taeniospiralis strain
IDSBO-1

Paracoccus versutus
XT0.6

Shinella sp. strain NLS1

Shinella sp. strain NLS1

Ensifer sp. strain NLS4

Ensifer sp. strain NLS4

Agrobacterium
tumefaciens GW4
Agrobacterium
tumefaciens sp. 5A
Rhizobium strain NT-26

Sulfobacillus
thermotolerans strain
Sb-K

Initial form of
Sb(lll)

CgH4K20128by

CgH4K20128by
CgHsK20128bo
CgHsKo0O12Sby
CgHsKo0O12Sbo
CgH4K20128by
CgHsK20128bo
CgHsKo0O12Sby
CgHsKo0O15Sbo

CgH4KoO12Shy

CgHsKo012Sb
CgHaK20128b2
CgHsKo0O12Sbo
CgHsKo0O15Sbo
CgH4K20128by
CgH4K20128by
CgHaKo0128b2
CgHsK20128bo
CgHsKo0O12Sby
CgHsKo0O15Sbo
CgH4K20128by
CgHsK20128bo
CgH4Ko0O12Sbo
CgHsKo0O15Sbo
CgH4K20128by

CgH4KoO12Shs

CgHsKo0O12Sbo
CgH4Ko0O12Sbo
(80-97%) SboS3
CgH4K20128by
CgH4K20128by
CgHsKo0O12Sbo

CgH4KoO12Shy

CgH4KoO12Shy

Sb(CH3)3Cla

CgH4K20128by

Sulfide minerals

Initial

concentration

of Sb(lll)

100 pM

100 M
100 pM
100 pM
100 uM
100 pM
100 pM
100 pM
100 uM

100 pM

50 pM
50 pM
50 pM
50 pM
50 pM

50 pM
50 pM
10 pM
10 uM
10 uM
100 pM
100 pM
100 pM
2 mM
1,000 uM

1,000 M

300 M
300 M

500 uM

200 uM

500 M

500 M

50 M

50 pM

164 uM

Contain Sbg,
10.8%

18.4 4+ 1.2 nmol min~! mg~

Vmax or Sb(lll)
oxidation rate (Vayg)

4.74 wM/day

1.72 uM/day
0.96 pM/day
2.33 wM/day
4.24 pM/day
4.40 pM/day
1.72 pM/day
3.95 wM/day
2.57 pM/day

2.01 uM/day

1.25 uM/day
<0.1 uM/day
81 pM/day/10
16.67 wM/day
1.89 uM/day

6.67 pM/day
3.3 pM/day
3.33 pM/day
3.53 wM/day
3.53 pM/day
417 pM/day
<1.53 pM/day
50 pM/day
333.3 pM/day*
80 pM/day

55.56 WM/day

300 wM/day
902.88 pM/day*

100 pM/day
13.7-38.0 pM/day
403.2 pM/day*
0 pM/day

460.8 pM/day*

66.7 wM/day

150 4 7 nmol min—" mg='*

2.86 nM/day

7.3 wM/day

2.54 wM/day

1%

Culture
condition

Aerobic

Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic

Aerobic

Aerobic
Aerobic
Aerobic
Aerobic
Aerobic

Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic
Aerobic

Anaerobic

Aerobic

Anaerobic

Anaerobic

Aerobic

Anaerobic

Aerobic

Aerobic

Anaerobic

Aerobic

Aerobic

Aerobic

Carbon
source

Lactate

Lactate
Lactate
Lactate
Lactate
Lactate
Lactate
Lactate
Lactate

Lactate

Lactate
Lactate
Lactate
Lactate
Lactate

Lactate
Lactate
Lactate
Lactate
Lactate
Lactate
Lactate
Lactate
Lactate
Without
yeast
Without
yeast

Lactate

Lactate
Lactate

Yeast or
without
yeast
Yeast

Yeast
Yeast or
without

yeast

lactate
Lactate

Lactate

Yeast or
glucose

Analytical
method

Nonpolar SPE

cartridges + ICP-

MS

ICP-OES

ICP-OES

HPLC-HG-AFS
HPLC-HG-AFS
HPLC-HG-AFS
HPLC-HG-AFS
HPLC-HG-AFS

HPLC-HG-AFS
HPLC-HG-AFS
HPLC-HG-AFS
HPLC-HG-AFS
HPLC-HG-AFS
ICP-OES
ICP-OES
ICP-OES
HPLC-HG-AFS
HPLC-HG-ICS

HPLC-HG-ICS

HPLC-HG-AFS

HPLC-HG-AFS

HPLC-HG-AFS

LAM-ICP-MS

LAM-ICP-MS

LAM-ICP-MS

LAM-ICP-MS

HPLC-HG-AFS

HPLC-HG-AFS

HPLC-HG-AFS

References

Nguyen and Lee,
2015

Hamamura et al.,
2013
Hamamura et al.,
2018

Lietal, 2013
Lietal, 2013
Lietal, 2013
Lietal, 2013
Lietal, 2013

Lietal, 2013
Lietal, 2013
Lietal, 2013
Lietal, 2013
Lietal, 2013
Shi et al., 2013
Shiet al., 2013
Shi et al., 2013
Shi et al., 2013
Shi et al., 2013

Shi et al., 2013

Loni et al., 2020

Loni et al., 2020
Loni et al., 2020

Nguyen et al.,
2017a

Nguyen et al.,
2017a

Nguyen et al.,
2017a

Nguyen et al.,
2017a

Lietal, 2015
Lehr et al., 2007

Wang et al., 2015

Tsaplina et al.,
2010; Zhuravieva
etal., 2011
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Sulfobacillus sibiricus Sulfide minerals ~ Contain Sbg, 2.26 pM/day Aerobic Yeast or - Tsaplina et al.,

strain Sb-F 10.8% glucose 2010; Zhuravleva
etal., 2011
Sulfobacillus Sulfide minerals ~ Contain Sbg, 2.16 pM/day Aerobic Glucose - Tsaplina et al.,
thermosulfidooxidans 10.8% 2010; Zhuravleva
strain Sb-S etal., 2011
Pseudomonas stutzeri CgHyqKoO12Sbo 200 uM 48 pM/day Aerobic Lactate HPLC-HG-AFS  Wang et al., 2016
TS44
Stenotrophomonas CgH4Ko015Sbo 500 pM 1.14 wM/day Aerobic Lactate ICP-OES Gu et al., 2019
maltophilia str. IAM 12423
Pseudomonas sp. AO-1 CgHaKoO12Sbo 500 uM 48 pM/day Aerobic Lactate ICP-OES Author
Pseudarthrobacter sp. CgHyqKo0O12Sbo 500 pM 95.63 nM/day Aerobic Lactate ICP-OES
AO-2
Enterobacter sp. AO-3 CgHyqKoO12Sbo 500 uM 54.3 uM/day Aerobic Lactate ICP-OES
Pseudarthrobacter sp. CgHyqKoO12Sbo 500 uM 73.14 uM/day Aerobic Lactate ICP-OES
AO-4
Microbial oxidation Sb203 0.2-21 pM 0.96-1.20 wM/day Aerobic AMD- HG-AAS Asta et al., 2012
(non-purebred) inoculated
synthetic acid
medium
Pseudomonas sp. ZH1 CgH4Ko012Sby 100 pM 6.0 pM/day Aerobic Lactate ICP-OES Hua et al., 2019
Pseudomonas sp. ZH2 CgH4Ko015Sbo 100 uM 6.0 pM/day Aerobic Lactate ICP-OES Hua et al., 2019
Pseudomonas sp.ZH3 CgHyqKoO12Sbo 100 pM 7.0 uM/day Aerobic Lactate ICP-OES Hua et al., 2019
Pseudomonas sp. ZH4 CgH4KoO12Sby 100 pM 9.5 nM/day Aerobic Lactate ICP-OES Hua et al., 2019
Cupriavidus strain Dmm CgHyKoO15Sbo 100 M 6.0 wM/day Aerobic Lactate ICP-OES Hua et al., 2019
5T-5-1
Acinetobacter johnsonii CgHsKoO12Sbo 824.4 pM 0.077 pM/day Aerobic  Yeast + lactate ICP-OES Gu et al., 2020
JH7
Roseomonas CgH4Ko012Sby 20 pM 4.95 wM/day Aerobic Yeast HPLC-HG-AFS  Sun et al., 2020
rhizosphaerae strain YW11
Roseomonas cervicalis CgHyqKoO12Sbo 20 pM 3.64 wM/day Aerobic Yeast HPLC-HG-AFS  Sun et al., 2020
ATCC49957
Roseomonas ludipueritiae  CgH4KoO12Sbo 20 uM 3.80 wM/day Aerobic Yeast HPLC-HG-AFS  Sun et al., 2020
DSM14915

*The maximum oxidation rate of Sb(lll), and the rest are the average oxidation rate; the papers of the “Author’s research group” are being published and have not
yet been published.

SPE, solid phase extraction; LAM, laser-ablation microprobe; ICE inductively coupled plasma; MS, mass spectrometry; HG, hydride generation; AAS, atomic
absorption spectroscopy; OES, optical emission spectrometry; HPLC, high-performance liquid chromatography; AFS, atomic fluorescence spectrometry; ICS, image
correlation spectroscopy.
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Treatments Sb (mg/kg) As (mg/kg)
Digest Leach Acid Digest Leach Acid

CK1 - - - 44.67 £ 7.52a - 0.59 + 0.54a
ToHM5 - - - 30.17 £ 6.43b - 0.49 £ 0.57a
ToHM7 - - - 18.00 £ 2.78¢ - 0.27 £0.28 a
CK2 1246.50 + 130.65a 238.90 + 29.50a 124.44 £ 15.51a 46.83 + 2.65a - 4.05 £ 0.82a
T100HM5 1081.17 &+ 140.83a 207.31 £ 24.49a 108.42 £+ 11.08a 37.00 + 3.00a - 3.47 £0.23a
T100HM7 1039.50 + 20.02a 205.38 + 39.42a 119.24 + 11.86a 45.33 +20.03a - 3.43 £+ 0.56a
CK3 9671.67 + 1340.0a 1.256 £0.19a 3.98 &+ 0.09a 2268.17 + 440.93a - 29.63 £7.34a
TKHMS 9375.00 + 591.52a 1.23 £0.07a 3.81 £0.14a 2219.83 + 276.72a - 26.20 + 8.55a
TKHM7 9230.33 + 649.86a 1.13 £ 0.06a 3.68 + 0.16a 2183.50 + 100.70a - 26.07 £7.24a

The digest, leach, acid Sb of nutrient soil without Sb (mg/kg) background was O, O, 0, respectively. The digest, leach, acid Sb of 100 mmol/L Sb nutrient soil (mg/kg)
background was 1329.33 + 33.32, 259.10 £+ 2.1, 125.96 + 3.80. The digest, leach, acid Sb of Sb slag (mg/kg) background was 9553.33 + 540.19, 2.27 + 0.97,
4.11 £ 0.59. The digest, leach, acid As of nutrient soil without Sb (mg/kg) background was 49.67 + 4.51, 0, 0.13 £ 0.03, respectively. The digest, leach, acid As of
7100 mmol/L Sb nutrient soil (mg/kg) background was 565.83 + 1.26, 0, 0, 3.28 + 1.08; The digest, leach, acid As of Sb slag (mg/kg) background was 2311.33 + 326.93,
0,0,25.90 £+ 1.06. a, b, and ¢ represent the difference of the direct results of each treatment group. If the letters are the same, there is no difference between the results.

If the letters are different, there is a significant difference between the results.
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Treatments

ToCK
ToHM5
ToHM7
T100CK
T100HM5
T100HM7
TKCK
TKHM5
TKHM7

TP (g9/kg)

0.363 + 0.025a
0.408 + 0.099a
0.428 + 0.066a
0.341 £ 0.009b
0.405 £ 0.017ab
0.413 £ 0.055a
0.124 4+ 0.082a
0.287 + 0.147a
0.275 4+ 0.025a

TN (9/kg)

0.118 £ 0.008a
0.123 + 0.001a
0.125 &+ 0.002a
0.109 £ 0.007a
0.113 & 0.004a
0.119 & 0.004a
0.031 £0.001a
0.032 £ 0.001a
0.035 £ 0.003a

TOC (g/kg)

66.869 + 0.264a
70.775 £ 0.272a
71.213 £ 0.668b
65.179 £ 0.526b
66.344 £+ 1.147ab
67.095 + 0.945a
12.518 £ 0.604a
12.831 £0.217a
13.682 £ 0.547a

Background value (g/kg)

TP =0.403 £ 0.058
TN =0.106 + 0.002
TOC = 64.430 + 0.886
TP =0.401 £ 0.033
TN =0.104 + 0.001
TOC = 64.841 £ 0.574
TP =0.107+£0.0156
TN = 0.030 + 0.001
TOC =10.077 £1.734

a and b represent the difference of the direct results of each treatment group. If the letters are the same, there is no difference between the results. If the letters are

different, there is a significant difference between the results.
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Day Temperature (°C) pH Cu?* (g/L) Fe2+ (g/L) Fe3+ (g/L) C, (mg/L) Ceq. 1 (Mg/L)

4 30 2.18 0.162 3.284 0.365 7.18 02
8 30 2.05 0.339 5.755 0.639 7.21 Ll
12 35 1.97 0.541 6.871 1.718 6.81 6.73
16 35 1.92 0.853 7.895 3.383 6.67 6.7
20 40 1.89 0.934 8.401 4.524 6.24 6.27
24 40 1.74 1.149 8.6286 5.752 6.29 6.25
28 45 1.69 1.258 7.549 7.549 5.78 5.82
32 45 1.62 1.322 6.824 9.424 5.72 5.81

36 50 1.61 1.335 5.412 12.047 5.47 5.38
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Fitting parameters Sum squared residual Average relative error F P R2

Value 0.034 0.0226 42.83 < 0.0001 0.966
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No. Temperature (°C) pH [Fe2t](g/L) [Cu2t](g/L) [Fe®+*](g/L)

1 30 1.5 0 0 0
2 35 2 1 3 1
3 40 25 3 5 3
4 45 3 5 8 5
5 50 3.5 8 10 8
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No. Temperature (°C) pH [Fe2*] (g/L) [Cu2+] (g/L) [Fe2+] (g/L) Oxygen concentration (mg/L)

1 30 1.5 0 0 0 714
2 30 2 1 3 1 72
3 30 225 3 5 3 7.05
4 30 2.27 5 8 5 6.82
5 30 2.41 8 10 8 6.51
6 35 1.5 1 5 5 6.73
7 35 2 3 8 8 6.69
8 35 2.5 5 10 0 6.46
9 35 3 8 0 1 6.75
10 35 2.61 0 3 3 6.70
11 40 1.5 3 10 1 6.55
12 40 2 5 0 3 6.30
13 40 25 8 3 5 6.21
14 40 2.28 0 5 8 6.18
15 40 3.23 1 8 0 5.97
16 45 1.5 5 3 8 5.95
17 45 2 8 5 0 5.90
18 45 25 0 8 1 5.50
19 45 2.44 1 10 3 5.72
20 45 2.26 3 0 5 5.60
21 50 1.5 8 8 3 5.62
22 50 2 0 10 5 5.29
23 50 2.1¢ 1 0 8 5.57
24 50 3 3 3 0 5.30
25 50 2.82 5 5 gl 5.52
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Consortium

50:50 of At. thiooxidans DSM 14887 and L. ferrooxidans DSM 2705" (control)
50:50 of At. thiooxidans DSM 14887 and L. ferrooxidans DSM 2705" (adapted)
70:30 of At. thiooxidans DSM 14887 and L. femrooxidans DSM 2705 (control)
70:30 of At. thiooxidans DSM 14887 and L. ferooxidans DSM 2705" (adapted)
30:70 of At. thiooxidans DSM 14887 and L. ferrooxidans DSM 2705" (control)
30:70 of At. thiooxidans DSM 14887 and L. ferooxidans DSM 2705" (adapted)
Using L. ferrooxidans DSM 2705 as a pre-colonizer (control)

Using L. ferrooxidans DSM 2705 as a pre-colonizer (adapted)

Using At. thiooxidans DSM 2705" as a pre-colonizer (control)

Using At. thiooxidans DSM 2705" as a pre-colonizer (adapted)

Standard error (n=6) <5%.

Qp [mgLh1]





OPS/images/fmicb-13-885098/fmicb-13-885098-g001.gif





OPS/images/fmicb-12-767639/fmicb-12-767639-t001.jpg
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At thiooxidans

DSM 14887
L. ferrooxidans

DSM 2705"

Name

A thio 785F

A thio 785R
13-L-974F

13-L-1187R

Sequence (5'~3)

TCT TCG GAT GCT GAC GAG
GGS GTT AGB TAG GAC ACT
AGTAGGGAACCGAAAGGGGAAAA
AGGGCCATGATGACTTGACG
(Hedrich, data ot published)

Size (pb)

785
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Treatments Sb As

Root (mg/kg) Stem (mg/kg) Leaf (mg/kg) Root (mg/kg) Stem (mg/kg) Leaf (mg/kg)
ToCK - - - - — -
ToHM5 - - - - — -
ToHM7 - - - - - -
T100CK 28.44 + 2.43b 7.19 £ 0.55¢ 8.69 + 0.87a - - -
T100HM5 39.50 + 3.76a 14.06 £ 0.77a 18.06 + 1.05a - = -
T100HM7 29.56 + 0.77b 10.93 + 0.86b 11.75 £ 0.82b - - =
TKCK 4.81 £0.31b 3.756 + 0.35b 3.25 +0.20c 7.81 +£1.05b 7.56 + 0.94b 12.63 £ 0.88b
TKHM5 17.56 +1.25a 13.13 £ 2.09a 10.13 £+ 1.09a 37.19 + 2.25a 2413 + 1.96a 37.56 + 2.68a
TKHM7 16.44 +£1.48a 5.63 &+ 0.59a 5.06 + 0.38b 36.94 + 2.63a 8.88 + 0.66b 13.00 + 0.54b

a, b, and ¢ represent the difference of the direct results of each treatment group. If the letters are the same, there is no difference between the results. If the letters are
different, there is a significant difference between the results.
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Groups

ToCK
ToHM5
ToHM7
T100CK
T100HM5
T100HM7
TKCK
TKHM5
TKHM7

Root activity mg/g/h

10.75 £ 0.85a
12.01 £ 0.82ab
12.94 £ 0.40a
4.62 +0.16b
5.05 £0.79
6.27 &+ 0.59a
1.93+0.21a
2.18 + 0.20a
2.08 & 0.04a

Length (cm)

961.66 + 106.33b
1329.84 + 85.94a
1391.67 &+ 204.12a
868.93 + 45.38b
1014.30 & 169.23b
1302.04 + 125.55a
921.567 + 58.56b
1516.38 & 138.92a
1412.33 & 147.06a

Surface area (cm?)

213.21 £ 16.38b
245.77 £ 19.96a
272.96 + 14.60a
190.26 £ 13.17b
198.28 £ 9.72b
258.81 + 12.96a
173.93 £ 21.19b
2956.79 £ 21.32a
268.49 + 27.80a

Crossings

2040.50 £ 214.81b
2615.25 £ 293.68a
2763.00 £ 248.74a
1323.50 + 121.23b
1361.50 + 166.12b
2743.00 £ 516.04a
11565.00 + 84.55¢
1964.00 + 159.96a
1675.00 + 98.32b

Tips

4104.50 £ 55.16b
4857.00 £ 584.77a
5092.75 £+ 319.23a
2729.00 £ 276.50b
3303.25 &+ 297.77b
3919.25 + 376.58a
3178.75 £ 458.10b
5663.00 + 462.51a
5129.50 £ 374.12a

Forks

10087.75 + 7156.97b
12542.75 £ 922.47a
13863.00 + 847.84a
9042.00 £ 395.11b
9228.75 + 787.55b
12791.50 + 833.76a
6646.50 £ 1008.30¢c
13142.25 + 441.08a
11802.25 4+ 1060.61b

Length, the sum of root lengths less than 2.5 mm in diameter; surface area, total area of root diameter less than 2.5 mm;, root volume, total root volume less than 2.5 mm
in diameter; tips, total number of apices less than 2.5 mm in root diameter; forks, total number of bifurcations less than 2.5 mm in root diameter; crossings, total number
of crosses less than 2.5 mm in root diameter. a, b, and c represent the difference of the direct results of each treatment group. If the letters are the same, there is no
difference between the results. If the letters are different, there is a significant difference between the results.
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Abiotic control 134.8 1.31
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*Remediation systems with different inoculation volumes were sampled at days
1, 8, 7, 15, and 30 and named according to inoculation volume and sampling
time. For example, the 5 samples in I-5 were labeled I-5-1, I-5-3, I-5-7, I-5-15, and
1-5-30, respectively.
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*Remediation systems with different temperatures were sampled at days 1, 3, 7,
15, and 30 and named according to temperature and sampling time. For example,
the 5 samples in T-15 were labeled T-15-1, T-15-8, T-15-7, T-15-15, and T-15-

30, respectively.
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30 and named according to pH and sampling time. For example, the 5 samples in
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*The mixed bacterial solution used in this study was obtained by mixing SRB and
PSB at a volume ratio of 1:1 after activization of culture (bacterial concentration was
approximately 1 x 107 cells-mi=1), under the conditions of 25°C and oscillating at
30°C for 3 days.
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Iron yield Rate Leaching time Magnetite dissolution
mmol/L mg/L mmol L= d~! Days %

Chemical leaching (this study)

Gluconic acid (0.5 N) 14.0 783 0.93 15 3.99 + 0.03
Oxalic acid (0.5 N) 285.3 15930 475 6 81.31 +£1.71
Bioleaching (this study)

Acidophile bioreactor (anaerobic) 6.1 341 0.14 45 1.74 £0.12
A. cryptum (aerobic) 1.4 7 0.03 40 0.39 £ 0.09
A. cryptum (anaerobic) 1.6 88 0.04 40 0.45 + 0.05
G. oxydans (aerobic) 322 1799 218 16 8.18+ 0D.186
Bioleaching (previous studies)

S. loihica [anaerobic medium (Roh et al., 2006)] 2.0 113 0.04 46 0.58 £ 0.03
S. loihica [anaerobic medium (Benaiges-Fernandez et al., 2019)] 0.5 28 0.01 87 0.14 £0.04
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