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Editorial on the Research Topic
 Environmental Monitoring and Remediation Using Microbiotechnology



With the continuous improvement of the level of scientific and technological innovation, many emerging materials and chemicals have come into our lives, which has brought great pressure to the environment and caused an increasing number of contamination problems (Atashgahi et al., 2018; Escher Beate et al., 2020; Johnson Andrew et al., 2020). Microbiotechnology is considered to be environmentally friendly and sustainable when dealing with contaminants and has been attracting tremendous attention (Ahmed et al., 2021; Li et al., 2021, 2022b). Considering the degradation period of contaminants and the mechanism conducted by microbes, oxidation and reduction reactions occur all the time, providing the most basic support for early warning and remediation using microbiotechnology (Li et al., 2018, 2022a; Zhang et al., 2021). The appearance of contaminants is bound to break the balance of the original ecological environment, so how to monitor the existence of contaminants online, in situ, and quickly will become one of the key issues in the early warning field, and how to realize the efficient degradation of contaminants by microbes will become one of the key difficulties in remediation field.

In this special issue, we set up the Research Topic of Environmental Monitoring and Remediation Using Microbiotechnology in the journal of Front. Microbiol., which had attracted a lot of attention from researchers. This topic mainly focuses on the monitoring and remediation of contaminants in water, sediment, and soil using microbes and the mechanisms of the interaction between microbes and the surrounding environment. For early warning of contamination using microbes, various signals can be collected: bioelectrical signals through electron transfer, biochemical signals through material coupling, or biophysical signals through matrix changes. As for the remediation using microbes, pure bioremediation, phyto-bioremediation, electrically/chemically driven bioremediation and other improved bioremediations are well described. The continuous challenge is to design the processes to include nutrient recovery, which will be aided by further exploration through the interface between microbes and contaminants.

Specifically, 18 papers were accepted and published on this Research Topic, which was contributed by 118 authors from around the world. The papers that were viewed more than 2,000 times were from Transcriptome-Guided Insights Into Plastic Degradation by the Marine Bacterium contributed by Kumari et al., Advances in Studies on Microbiota Involved in Nitrogen Removal Processes and Their Applications in Wastewater Treatment contributed by Mai et al. and An Ultrafast One-Step Quantitative Reverse Transcription–Polymerase Chain Reaction Assay for Detection of SARS-CoV-2 contributed by Milosevic et al. The research directions of these papers were the hot spot in the current environment. The first paper focused on microplastic degradation by microorganisms. Through the detection of PET hydrolysates, the genes of degraded PET were identified and cloned as an environmentally friendly solution to improve the utilization of PET by microbial systems. The second paper reviewed the microflora, pathways and related functional genes involved in nitrogen removal, and discussed the methods to improve nitrogen removal efficiency in the microbial treatment of industrial wastewater (Mai et al.). The third paper developed an ultrafast one-step RT-qPCR assay for SARS-CoV-2 detection, which significantly reduces the running time of conventional RT-qPCR (Milosevic et al.). Meanwhile, other papers also included the studies on modeling design, pollutant degradation and greenhouse gas emissions, which also covered water, soil and constructed wetlands involved with microorganisms. There was only one review paper among the remaining 15 papers, entitled A Review on Microorganisms in Constructed Wetlands for Typical Pollutant Removal: Species, Function, and Diversity. In this review, an in-depth bibliometric analysis of microbial studies in constructed wetlands (CWs) was performed to evaluate research trends and identify the most studied pollutants, which could provide new ideas and directions for the research of microorganisms in CWs (Wang et al.).

Four papers focus on bacterial isolates against different contaminants and harmful substances, including atrazine, Nitrogen, Karenia mikimotoi, and Roxarsone. In the study of Jia et al., Paenarthrobacter sp. AT-5, an atrazine-degrading strain, was inoculated into agricultural soils contaminated with atrazine to investigate the bioaugmentation process and the reassembly of the soil microbiome. They reported that the inoculation of strain AT-5 significantly affected the community structure of the soil microbiome, and the abundances of bacteria associated with atrazine degradation were improved (Jia et al.). Sun et al. prepared biochar/clay composite particle (BCCP) as the carrier to immobilize Ochrobactrum sp. to consume ammonium nitrogen ([image: image]-N), and the effects of the calcined program and immobilizing material were investigated. Ding et al. investigated the biochemical and physiological responses of K. mikimotoi to the algicidal bacterium Paracoccus homiensis O-4. The effects on the levels of reactive oxygen species (ROS), malondialdehyde content, multiple antioxidant systems and metabolites, photosynthetic pigments, and photosynthetic index were also examined. This research provides insights into the prophylaxis and control of harmful algal blooms via interactions between harmful algae and algicidal bacteria (Ding et al.). In the study of Li W. et al., wheat-straw-derived biochar was used to investigate how biochar amendment affected Shewanella oneidensis MR-1 growth and roxarsone transformation in water under anaerobic conditions. Their results suggested that wheat-straw-derived biochar may be an important agent for activating microbial growth and can be used to accelerate the transformation of roxarsone, which could be a novel strategy for roxarsone remediation (Li W. et al.). In addition to studies of pure bacteria, there are also studies of mixed bacteria. Mao et al. assessed the microbiological effects of black carbon (BC) by using a fluorescent fingerprinting assay based on flow cytometry (FCM) of bacterial communities with low (LNA) and high (HNA) nucleic acid-content bacteria. They also investigated a high-resolution temporal variation of bacterial abundance and LNA/HNA ratio in Tibetan ice cores and revealed that bacterial abundance was proportional to the atmospheric BC on the glaciers. In the study of Song et al., the biodiversity and functional characteristics of microplastic-attached biofilms originating from two freshwater bacterial communities were reported. The results from 16S rRNA amplicon sequencing showed that the dynamic biofilm successions on different microplastics were highly dissimilar. This study also speculated that more symbionts and parasites colonized microplastics in the tap water than in the lake water (Song et al.). Fungal research is also reflected in this special issue. Zhou et al. demonstrated the effect of Arbuscular mycorrhizal fungi (AMF) on the uptake and transport of Stibium (Sb) in the soil–rice system, facilitating future research on the related mechanism in the soil–rice system under Sb stress. Zhong et al. reported that fungi were dominant in N2O production processes followed by archaea in Northern Chinese grasslands and the key variables of N2O production and the nitrogen (N) cycle depended on the dominant microbial functional groups in the N-cycle in soils. Moreover, the study of Liu et al. explored the effects of environmental factors on the longitudinal plankton patterns, through a 5-year-long study on the environmental factors and communities of phytoplankton and zooplankton in an alpine cascade reservoir system located upstream of the Yellow River region.

Different pollutants are also discussed as research priorities, including chemical oxygen demand (COD), polycyclic aromatic hydrocarbons (PAHs), crystal violet, methylene blue, etc. In the research of Huang et al., a mathematical simulation model was established to investigate the performance of a full-scale anaerobic biochemical system for treating the COD in deinking pulp wastewater. Wang et al. investigated the adsorption mechanism of crystal violet and methylene blue and performed the extraction of activated carbon (AC) and AC-based ZVI by solid-phase and liquid-phase reduced approaches. Huang et al. explored the performance of denitrification deep-bed filter (DN-DBF) to treat municipal sewage and investigated the metabolic pathway for meeting a more stringent discharge standard of total nitrogen (TN). Li Y. et al. explained the influence mechanism of soil salinity on PAH biodegradation from the perspective of degradation genes and soil enzyme activities. In the study of Guo et al., a colorimetric enzyme biosensor was developed for one-step detection of hypoxanthine (Hx), which provided a robust advantage in the economic reaction system, ease of preparation, short time consumption, and moderate reaction temperature compared with other methods.

With the emergence of new pollutants and the continuous improvement of environmental standards, environmental pollution monitoring and remediation will be paid more and more attention. How to realize in-situ monitoring and efficient remediation will be a problem worthy of attention in the future.
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The deinking pulp (DIP) is a main resource for paper making, and the wastewater from DIP process needs to be treated. Anaerobic biochemical technique has been widely applied in DIP wastewater treatment, due to the remarkable capability in reducing high chemical oxygen demand (COD). In this study, a mathematical simulation model was established to investigate the performance of a full-scale anaerobic biochemical system for treating DIP wastewater. The model was based on Anaerobic Digestion Model No. 1 (ADM1), which was modified according to the specific anaerobic digestion process for DIP wastewater treatment. The hydrodynamic behavior of a full-scale anaerobic biochemical system was considered in this model. The characteristics of the influent DIP wastewater were assessed, and then, the substrate COD proportion was divided successfully for the necessity of ADM1 applying. The Monte Carlo technique was implemented to distinguish the most sensitive parameters that influenced the model output indicators comprising effluent COD and biogas production. The sensitive parameters were estimated and optimized. The optimized value of k_m_pro is 12.02, K_S_pro is 0.35, k_m_ac is 4.26, K_S_ac is 0.26, k_m_h2 is 16.62, and K_S_h2 is 3.21 × 10–5. The model was calibrated with 150 days operation values measured in the field. The subsequent 100 days on-site values were used to validate the model, and the results obtained by the simulations were in good agreement. This study provides a meaningful and theoretical model guidance for full-scale wastewater anaerobic biochemical treatment simulation.

Keywords: anaerobic digestion, deinking pulp wastewater, full-scale anaerobic reactor, Anaerobic Digestion Model No. 1 (ADM1), anaerobic biochemical treatment


INTRODUCTION

Due to the shortage of raw fiber from wood, wastepaper recycling has become an important source of pulp and paper production (Saxena and Singh Chauhan, 2017; Ozgun, 2019). The deinking pulp (DIP) process is an essential component of wastepaper recycling, which involves the removal of ink from printed paper (Xu et al., 2011). Large amounts of wastewater are inevitably produced by the deinking process, which needs to be treated carefully (Song et al., 2018). The amount of wastewater produced by pulp and wastepaper treatment was estimated to have grown by 60% from 2012 to 2020 (Meyer and Edwards, 2014). It was estimated that 400 million tons of paper were produced annually, and the wastewater is 10∼100 m3 per ton of pulp and paper production (Irizar et al., 2018). Various strategies such as flotation, sedimentation, filtration, and aerobic activated sludge have been utilized to DIP wastewater treatment (Simstich et al., 2012; Irizar et al., 2018). In last two decades, the application of anaerobic digestion (AD) to the treatment of wastewater with high organic contents has grown rapidly, including wastewater produced from pulp and paper making. AD is a biological process that involves the transformation of organic compounds into biogas under an oxygen-free state, where the reduction in the chemical oxygen demand (COD) is up to 80% (Buzzini and Pires, 2002). In addition, the biogas, a byproduct from AD process, is a profitable green fuel (Kamali et al., 2016; Wu et al., 2019, 2020).

Previous researches showed that, because of the difficulty of biochemical degradation or decomposition of ingredients in high organic wastewater, pre-acidification process was employed to promote biodegradability with a short hydraulic residence time (HRT) in anoxia state (Çalışkan and Azbar, 2017; Diamantis and Aivasidis, 2018; Wu et al., 2020). After pre-acidification, the high organic wastewater will always be treated by the anaerobic biochemical reactor, which plays a key role in the removal of COD concentration (Sarathai et al., 2010). The internal circulation (IC) reactor is a specific representative type of high-rate anaerobic biochemical reactor, which can be viewed as two upflow anaerobic sludge blanket (UASB) reactors stacked together. In contrast to the 15 kg COD m–3 d–1 loading of UASB, the organic loading rate capacity of IC is up to 20–50 kg COD m–3 d–1 (Rajagopal et al., 2013; Karadag et al., 2015; Wang et al., 2015; Hamza et al., 2016). The IC reactor has been widely utilized in industrial wastewater anaerobic treatment, such as beer production (Chen et al., 2021), cotton pulp manufacturing (Cui et al., 2011), food processing (Guo et al., 2018), and paper making (Irizar et al., 2018), etc.

Mathematical models have been applied broadly in wastewater treatment for simulation (Feldman et al., 2017), design (Flores-Alsina et al., 2012), supervision (Rodriguez-Roda et al., 2002), optimization (Rivas et al., 2008), and even benchmark control (Gernaey et al., 2014). Compared with aerobic biochemical process, AD process is much more complicated and often easily disrupted by several adverse factors, for example, organic overload, acute temperature variance, or the presence of inhibitory substances, etc. For these reasons, the wastewater plants have to adopt a larger reactor, or to utilize on-site monitoring device. But the larger reactor needs more cost, and the lack of reliable, unfeasible and cost saving limits the application of on-site device. Therefore, AD models have been used to indirectly provide profitable information about the operation condition of the reactor (Irizar et al., 2018). Several types of models have been proposed for describing the details of the AD process (Diez Blanco et al., 1995; Chen et al., 2016). In particular, Anaerobic Digestion Model No. 1 (ADM1) published by the International Water Association (IWA) task group in 2002 (Batstone et al., 2002), has expanded rapidly to even became a de facto standard model for AD simulation (Lier et al., 2015). ADM1 is a structural model that comprises 19 steps for defining biochemical processes, where physico-chemical equations are used to describe ion association/dissociation and gas–liquid phase transfer (Batstone et al., 2015; Rubio et al., 2020).

The originally reported example of the application of ADM1 involved a completely stirring tank with a constant volume and unidirectional influent–effluent stream (Batstone et al., 2002). Most of previous studies that used ADM1 were conducted at the lab-scale, where it was assumed that the ingredients were uniformly or homogeneously distributed in the AD devices (Naessens et al., 2012; Yu et al., 2012; Van Hulle et al., 2014; Chen et al., 2015; Poblete et al., 2020). The hydraulic behavior of these reactors could be simplified as complete stirring because of their small size (Lauwers et al., 2013). However, Batstone et al. (2005) found a scaling effect between a lab-scale UASB reactor and a full-scale one. Van Hulle et al. (2014) stated that a corrected description of the mixing behavior of a full-scale AD reactor is required to simulate the reactor’s performance in an appropriate manner. An incorrect description of the hydraulic behavior of a full-scale reactor would lead to over-calibration of the stoichiometric and kinetic parameters of the model, thereby affecting the experimental results (Uggetti et al., 2010; Liotta et al., 2015). Consequently, the hydraulic behavior of the full-scale AD reactor should be considered when ADM1 is applied for simulation. As far as now, most previous applications of ADM1 focused on lab-scale studies and few have considered full plant-wide application of ADM1.

In the present study, we aimed to develop a simulation method to model the performance of an anaerobic biochemical system treating DIP wastewater. The system comprised an anaerobic pre-acidification tank connected to a full-scale IC reactor at a pulp and paper mill that is located in Guangzhou City (Guangdong Province, China; Supplementary Figure 1). The model of pre-acidification process has few been fully research.

According to the running status of this anaerobic biochemical system and some previous researches (Feldman et al., 2017, 2019; Irizar et al., 2018), a single continuous stirred tank reactor (CSTR) was used to represent the hydrodynamics of the pre-acidification tank and a series of CSTRs was applied to represent that of the full-scale IC reactor. ADM1 was integrated with these hydrodynamic models in the simulation method, which we utilized to simulate the reduction of the COD content and biogas production in this system. Furthermore, components of the influent DIP wastewater were classified based on the theoretical assumptions of the IWA task group. The results showed that this model was effective at simulating the performance of a full plant-wide anaerobic biochemical system treating wastewater. As far as we know, no similar study has been published previously.



MATERIALS AND METHODS


Overview of Deinking Pulp Wastewater Treatment Plant

The DIP process of this pulp and paper mill is based on a commonly used chemical deinking technique. According to the actual production condition, a maximum 20,000 m3 day–1 of high-concentration DIP wastewater need to be treated, the COD of which is over 2000 mg L–1.

The DIP wastewater treatment plant has four main sections. Firstly, large particulate pollutants are removed from the DIP wastewater in the physical pre-treatment section. Next, fine particles and dissolved pollutants are absorbed, converted, and reduced in the anaerobic biochemical treatment section that includes an anaerobic pre-acidification tank and an anaerobic biochemical IC reactor. The COD content of the DIP wastewater is mostly converted and degraded there. Then, the wastewater enters an aerobic treatment system section followed by an advanced oxidation section for further treatment. Finally, the wastewater satisfies the local effluent standard and it is discharged.



Deinking Pulp Wastewater Quality

This mill utilizes recycled wasted newspapers and magazines, accounted for about 80 and 20%, respectively, to produce high-end newsprint. The raw DIP wastewater has to been purified in DIP wastewater treatment plant. The main quality indicators for the raw DIP wastewater are shown in Supplementary Table 1.

After filtering and settling in the physical pre-treatment section, large particles such as shredded paper, large fiber particles, inorganic filler blocks, and residual ink are removed from the raw DIP wastewater. After that, the DIP wastewater that enters the anaerobic biochemical treatment section mainly comprises fine fiber particles, soluble cellulose (solubilized fiber), surfactants (fatty acid organics from deinking agents), and fine ink particles. The color of the wastewater is grayish yellow at this stage. Through long-term observations, the effluent water quality indicators after anaerobic biochemical system treatment are listed in Supplementary Table 2.



Wastewater Characterization

The main application objective of ADM1 developed by IWA is to model the AD process for waste activated sludge from sewage treatment plant. The input variables in the model are related to the compositions of the particulate materials. Therefore, two crucial issues must be addressed when using ADM1 to simulate the AD treatment of various types of substrates or organic wastewater. The first one is how to separate and classify the inflow components, where the input variables for the model must be determined according to the inflow substrates. The other one is how to select the values for the parameter set, where it is first necessary to estimate the sensitive kinetic parameters in the model, before then to calibrate them (Kleerebezem and Van Loosdrecht, 2006; Girault et al., 2012). In the following, we describe the theoretical assumptions of ADM1, as well as the separation and classification of the influent substrates in DIP wastewater. These classification assumptions and methods of inflow components are given in Supplementary SI1.

In the actual wastewater treatment process, the wastewater components are not consistent at all times. The pollutant components may differ within a certain range according to the variations in the mill’s production status. Clearly, none of the assessment methods described above can provide real-time information regarding the wastewater components. In particular, the component interpretation method might not be capable of completely and accurately classifying the COD components. However, the average measurement results obtained based on multiple samples can be used to represent the actual composition. In addition, the component interpretation method is relatively simple to conduct and the detection results can be applied to determine the contents of different components, before classifying and interpreting the COD components of the reactor influent. For these reasons, the component interpretation method was applied in the present study.



Model Development

According to ADM1 released by IWA, the AD processes involve disintegration, hydrolysis, acidogenesis, acetogenesis, and methanogenesis (Batstone et al., 2002). Among these stages, disintegration and hydrolysis are extracellular processes conducted by bacteria. The actions of extracellular enzymes decompose macromolecular organic matter into proteins, carbohydrates, and lipids, which are subsequently hydrolyzed into monosaccharides, amino acids, long-chain fatty acids (LCFAs), and other molecules. Monosaccharides and amino are absorbed in the acidogenesis step, and then converted into VFAs and hydrogen. Subsequently, LCFA and VFAs are transformed into acetate at the acetogenesis step. Finally, acetate and hydrogen are transformed into CH4 or CO2 in methanogenesis step (Supplementary Figure 2).


Development of the Anaerobic Pre-acidification Tank Model

Previous research and experience of wastewater engineering have shown that pre-hydrolysis and pre-acidification before fully anaerobic biochemical treatment are beneficial of materials such as industrial organic wastewater derived from food, tanning, pulp, printing, dyeing, and pharmaceutical production (Ahn et al., 2001; Diamantis and Aivasidis, 2018; Al-Rubaye et al., 2020; Wu et al., 2020). Because an anaerobic or facultative pre-treatment section with a relatively short HRT, before subsequent fully anaerobic treatment, can enhance the biodegradability of wastewater. The explanation for anaerobic biological mechanism of pre-hydrolysis (pre-acidification) is provided in Supplementary SI2.

The maximum volume of the pre-acidification tank in used is 2250 m3. The tank is equipped with a hyperboloid mixer, which forms a continuous fully mixed interior hydrodynamic state. The DIP wastewater is acidified for almost 2 h here. Due to the short HRT and hydraulic state, the retention of methanogenic bacteria and accumulation of bacteria do not occur in the tank. In general, methanogenesis does not occur in the tank. As seen in Supplementary Figure 2, the anaerobic biochemical processes happening in pre-acidification tank involve disintegration, hydrolysis, acidogenesis, and acetogenesis. In addition, according to ADM1 released by IWA, the equations for modeling the biochemical reactions in the pre-acidification tank are expressed as follows:
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Where [image: image] and [image: image] represent the time derivatives of the soluble and particulate substrates in the tank, respectively, Qinf is the feed flow rate (m3 day–1), Va is the pre-acidification tank volume (Va = 750 m3), Si,inandXi,in are the soluble and particulate substrates in the feed flow (kgCOD m–3), and Si,aandXi,a represent the soluble and particulate substrates in the tank (kgCOD m–3). Moreover, the term [image: image] represents the sum of the kinetic rates for process k multiplied by the rate coefficients (νi,k). It is assumed that methanogenesis does not occur in the pre-acidification tank, so all of the processes proposed by IWA are involved, except for the uptake of acetate and hydrogen, and the decay of aceticlastic methanogens (Xac) and hydrogen-utilizing methanogens (Xh2). These uptake and decay processes are considered to be related to methanogenesis.



Development of the Internal Circulation Reactor Simulation Model

Chen et al. (2021) who analyzed a full-scale IC reactor treating brewery wastewater, found that the bacterial community was significantly different at the diverse layers. The fermentation and acidification were mainly accomplished at bottom layer, but methane production was achieved at upper and middle layers. Recent studies (Feldman et al., 2017; Irizar et al., 2018) divided the hydrodynamics of the full-scale IC reactor into three CSTRs in series.

The size (height and diameter) of the full-scale IC reactor under researched is φ 24 m × 12.5 m. The design volume is 2900 m3, and the active volume is almost 2250 m3. The wastewater would retain approximately 8 h for anaerobic treating. Hence, we divided this reactor into three layers and CSTRs in series based on the internal state of the reactor. The bottom of the reactor retains large sludge granules. The sludge granules expand and fluidize in the middle part, and a small amount of floating sludge is present at the top part. The internally generated biogas is separated by gas–liquid–sludge separators and then collected by a gas collection tank in the headspace. The internal states of the reactor and three CSTRs in series in the separate models are illustrated in Figure 1.


[image: image]

FIGURE 1. Schematic diagram of three CSTRs in series simulating hydrodynamic of full-scale IC reactor.


The full ADM1 released by IWA was applied to simulate the biochemical reaction for each CSTR. The reaction equations for each CSTR and the diffusion equation for the gas phase under constant volume of gas in the gas collection tank, respectively, are given as follows:
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Where [image: image] and [image: image] represent the time derivatives of the soluble substrates and particulate substrates for each CSTR part in the reactor, respectively, Qinf is the feed flow rate (m3 d–1), Vc is the volume of each CSTR (Vc = 750 m3, the whole reactor volume is 2250 m3), Si,inandXi,in are the soluble substrates and particulate substrates in the feed flow (kgCOD m–3), and Si,candXi,c represent the soluble substrates and particulate substrates in each CSTR (kgCOD m–3). The term [image: image] represents the sum of the kinetic rates for process j multiplied by the rate coefficients (νi,j). In addition, tres,X denotes the extended retention of solids such that Sludge Retention Time (SRT) is set above HRT (tres,X = 40 days) (Batstone et al., 2002). The transport term is related to dissolved insoluble gasses(Sgas,i), such as carbon dioxide, methane, and hydrogen transferring into the liquid phase. ρT,i is the specific mass transfer rate of gas i at temperature T. Vgas represents the volume of the gas collection tank (Vgas = 250 m3). Qgasis the gas flow (N m3 day–1).



Development of the Whole Anaerobic Biochemical System Model

The overall anaerobic biochemical system treating DIP wastewater, considered in this study, includes a pre-acidification tank and full-scale IC reactor (Supplementary Figure 1). The models developed for the tank and the reactor were built as isolated modules. Each module included all of the details described above and it was implemented using Matlab 2017b/Simulink. The simulation model for the whole anaerobic biochemical system combined the two separate modules as a single unit.

The simulated influent “DIP wastewater” first entered the pre-acidification tank module to undergo acidification. The “acidified wastewater” then entered the full-scale IC reactor module for full anaerobic treatment. The simulated inflow rate was based on the measured wastewater discharge rate, which varied according to the actual production status. The volume of the tank relative to that of the reactor was a ratio of 1:2. Thus, the HRT ratio was also 1:2 under the same inflow rate. Using feed pump control, the HRTs for the tank and the reactor were controlled to about 4 and 8 h, respectively. These inflow rates were also implemented in the combined simulation module for the whole AD system.



Parameters Identification

Anaerobic Digestion Model No. 1 is a complex mathematical model with numerous parameters, including stoichiometric parameters, physicochemical parameters, and biochemical parameters. All of these parameters affect the model’s output but the sensitivities of parameters related to this output may vary dramatically from one to another. Sensitivity analysis has been used widely to identify significant parameters with the greatest effects on the outputs of models (Bernard et al., 2001). The approaches used to identify sensitive parameters depend on local sensitivity analysis or global one.

Most previous AD simulation studies were based on lab-scale experiments. The local sensitivity analysis method was usually applied in these studies (Tartakovsky et al., 2008; Barrera et al., 2015; Li et al., 2020). This method generally involves analyzing the different outputs obtained when an individual parameter is varied over a defined range while the other parameters remain constant. However, this method generates a linear regression equation that only represents the response of the model for a set of given points, and thus it cannot provide effective details of the correlations or aggregation errors among the various parameters (Donoso-Bravo et al., 2011).

The actual full-scale anaerobic plant reactor process is much more complicated than the lab-scale process. The lab-scale experimental condition can be precisely defined or controlled. But the characteristics of a full-scale reactor are frequently dependent on multiple factors, such as flow rate, water ingredient, temperature, which are nonlinear, time variant, and uncontrollable. The global sensitivity analysis method can cover the entire domain of the model and provide more comprehensive analysis results, thereby overcoming the deficiencies of the local sensitivity analysis method. As a result, the global sensitivity analysis method needs to be applied when modeling a full-scale anaerobic reactor. As a global sensitivity method, the Monte Carlo technique was implemented in this study. Monte Carlo technique is a mathematical method, which uses a set of representative global samples to investigate the entire model space. Monte Carlo algorithms tend to be simple, flexible, and scalable, and can reduce complex models to a set of basic events and interactions (Kroese et al., 2014). Monte Carlo technique is suitable for model analysis of full-scale anaerobic reactor.



Model Calibration and Validation Implementation

The proposed anaerobic simulation model was calibrated and validated using real samples obtained from the pulp and paper mill anaerobic treatment system. An operating period of 250 days was selected to check the model, where samples from the first 150 days were used to optimize the sensitive parameters and calibrate the model, and samples from the next 100 days were employed to validate the effectiveness of the model. The set of differential and algebraic equations in ADM1 was implemented using Matlab 2017b/Simulink with ODE45s solvers, as recommended by Rosen and Jeppsson (2006).



Sample Collection and Analysis

Water samples were taken from influence and effluence of the pre-acidification tank and full-scale IC reactor, respectively, every day. The COD concentration of the water samples was determined using the potassium dichromate method. The composition of untreated DIP wastewater was taken every week, and then sampled and analyzed according to standard methods (American Public Health Association, 2005), and the results are presented in Table 1. The flow rate of the biogas from the full-scale IC reactor, was acquired from the biogas flowmeter installed in methane treatment system.


TABLE 1. The main component content and COD concentration conversion of DIP wastewater.

[image: Table 1]


RESULTS AND DISCUSSION


Influent Chemical Oxygen Demand Classification

The characteristics of the DIP wastewater that influenced the anaerobic biochemical treatment section were determined by gas chromatography-mass spectrometry. Many organic compounds that comprised the soluble COD (SCOD) were detected in the wastewater solute samples. The main compounds included polysaccharides, VFAs, and surfactants (surface active agents). The temperature of the DIP wastewater discharged from the DIP workshop usually ranged from 40 to 50°C. At this relatively high temperature, the cellulose and hemicellulose in the fine fibers obtained from wastepaper were hydrolyzed into soluble polysaccharides. The polysaccharides were then decomposed into VFAs or other small molecules such as organic acids. Due to the requirements of the DIP technique, industrial soap (mainly sodium stearate) is used as a deinking agent in the deinking process, thereby explaining why surfactants were detected. The trace amounts of soluble protein detected in the water samples indicated that microorganisms participated in the degradation of fine fibers during the transport of wastewater from the DIP workshop. The DIP wastewater was sampled and analyzed, the results of which are presented in Table 1.

The composition of DIP wastewater is very complicated. According to the ADM1 requirements and the detection results of DIP wastewater, also considering the flexibility of the model, the influence components of the COD distribution were simplified as followed. The carbohydrates obtained from the degradation of fibers were regarded as monosaccharides (Ssu) and they accounted for about 49% of the influent SCOD. VFAs were calculated as acetic acid (Sac) and they accounted for about 22% of the influent SCOD. Surfactants from the DIP workshop were regarded as sodium stearate (lipid Xli) and they accounted for about 6% of the soluble SCOD. According to the wastewater quality characterization method proposed by Ekama et al. (1986), 90% of the effluent COD from the subsequent aerobic system was regarded as an inert soluble component (SI; not degradable by microorganisms) which accounted for about 23% of the influent SCOD. The effect of the suspended solids COD (ssCOD) was equal to the difference between the total COD (TCOD) and SCOD, which accounted for 7% of the influent TCOD, and it was regarded as the particulate carbohydrates Xch. The proportion of the COD composition is given in Supplementary Figure 3.



Sensitivity Analysis Results

In total, 18 kinetic parameters are employed in ADM1. The effluent COD (CODeff) and biogas production by the AD reactor are usually the main issues considered for paper and pulp mills. Therefore, our proposed model of this anaerobic biochemical system was used to simulate the changes in CODeff and biogas production. A random set of parameters was generated for evaluation by using the Monte Carlo method for the model specifications. This set comprised 500 random parameter pairs. The initial values of the parameters were the values recommended by IWA in order to simulate a medium temperature and high rate reactor. Histograms illustrating the partial correlations, standardized regression, and correlations according to the sensitivity analysis evaluation results are shown in Figure 2.
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FIGURE 2. Schematic of sensitivity analysis result of 18 kinetic parameters relating to CODeff and biogas flow of AD system. Monte Carlo of Partial Correlation, Standardized Regression and Correlation for every parameter were respectively implemented in the sensitivity analysis.


Figures 2A–C show that the Monod absorption rates for propionate (k_m_pro), acetate (k_m_ac), and hydrogen (km_h2) had strong positive correlations with CODeff for the anaerobic biochemical system, whereas the half-saturation constants of these parameters (K_S_pro, K_S_ac, and K_S_h2) had significant negative correlations with CODeff. In addition, the Monod absorption rates for monosaccharides km_su, LCFAs (k_m_fa), valerate and butyrate (k_m_c4) had positive correlations with CODeff, whereas the half-saturation constants for amino acids (K_S_aa), LCFAs (K_S_fa), valerate and butyrate (K_S_c4) had relatively weak negative correlations.

As shown in Figures 2D–F, k_m_ac had a strong negative correlation with the biogas flow rate in the AD system, whereas k_m_pro and K_S_ac had positive correlations. However, K_S_pro and K_S_h2 had a negative correlation.

Thus, k_m_pro, K_S_pro, k_m_ac, K_S_ac, k_m_h2, and K_S_h2 were selected as parameters for estimating the model’s outputs to assess the CODeff and biogas production. Meanwhile, other 12 kinetic parameters were directly used the recommendation values by Batstone et al. (2002), which showed few correlation to the CODeff and biogas production modeling result by sensitivity analysis evaluation.



Parameter Value Estimation

The sum of the squared errors (SSE) minimum function was applied for parameter estimation. SSE is also known as the “residual sum of squares” or “sum of squared residuals,” and it is the sum of the squares of the residuals in statistics (a measure of the deviations between the actual data and estimated model values). A small SSE value shows that the result obtained by the model agrees closely with the actual measured data. Using the on-site CODeff and biogas production data acquired from the anaerobic biochemical system for 150 days, the parameters were estimated using SSE fitting method. The results estimated for k_m_pro, K_S_pro, k_m_ac, K_S_ac, k_m_h2, and K_S_h2 are shown in Table 2.


TABLE 2. Parameter estimation result of the model.

[image: Table 2]Table 2 shows that the estimated values of k_m_pro and K_S_pro were close to the values recommended by IWA for high rate reactor on medium temperature, which indicates the system was not affected greatly by propionate absorption. However, the estimated values of k_m_ac and k_m_h2 were about half of the values recommended by IWA, which shows that the absorption rates of k_m_ac and k_m_h2 were relatively low in this system, and the corresponding half-saturation constants of K_S_ac and K_S_h2 were slightly high. The parameter value estimation was based on the components of influent DIP wastewater. Due to the influent COD classification, the main components of the SCOD was monosaccharide and VFAs, and the ssCOD was carbohydrate. Further, the VFAs was simplified as Sac. The decomposition products from monosaccharide and carbohydrate were majorly Sac and Sh2. Because of that, the uptaking of Sac and Sh2 are the major factors of COD removing and methane producing. The high generation of Sac and Sh2 might lead to the difficulty of bacteria uptaking and removing, which resulted in the relatively low absorption rates and slightly high half-saturation constants of k_m_ac and k_m_h2.



Model Simulation and Validation

This anaerobic biochemical system treating DIP wastewater comprised an anaerobic pre-acidification tank and IC reactor. Based on the discussion above, several sensitive parameters in the simulation model were optimized using the estimated values presented in Table 2.

We compared the optimized parameters with the original parameters to simulate the results obtained from this anaerobic system lasting 150 days, as shown in Figure 3. Seeing from Figure 3A, after optimizing the parameters, the CODeff simulating result fits much better to the data (values) acquired from IC reactor on-site, comparing with those using recommended parameters. Similar results were obtained in the simulation of IC reactor biogas production, as shown in Figure 4B.
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FIGURE 3. Schematic of comparing simulation result with measured values (color oblique square dot) for IC reactors using 150 days estimation period. (A) Simulation comparison of CODeff. (B) Simulation comparison of biogas production flow.
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FIGURE 4. Schematic of simulation result with measured values (color oblique square dot) for IC reactors using subsequent 100-days operation period. (A) Simulation comparison of CODeff. (B) Simulation comparison of biogas production flow.


CODeff and biogas production data (values) were also acquired on-site from this anaerobic system over the following 100 days. These data were employed to validate the model and the simulation results are shown in Figure 4. The simulation results agreed well with the measured values. We concluded that the simulation results obtained using the optimized parameters were consistent with the actual CODeff and biogas production values for the anaerobic system.

According to global sensitivity analysis by the Monte Carlo technique, the model developed with the optimized parameters was more suitable for modeling anaerobic biochemical treatment in the DIP wastewater plant. In contrast to lab-scale experiments, the influent DIP wastewater could not be manipulated accurately by adjusting the inflow rate in the actual plant, especially the components of the experimental water. The composition of the raw product used in the paper and pulp mill was relatively simple, where it mainly comprised cellulose from wastepaper. The manufacturing technique and production process were unique and almost constant. Thus, the composition of the influent DIP wastewater was roughly stable in the first calibration period of 150 days and the subsequent validation period of 100 days, without major fluctuations. So, the parameters optimized based on the first 150 days were still suitable for modeling CODeff and biogas production by the IC reactor in the subsequent 100 days.

To further illustrate the advantages and disadvantages of the simulation model, the linear regression method was applied to quantitatively evaluate the accuracy of the simulation results. Linear fitting was performed between the predicted and measured values. The measured values were plotted on the X-axis and the predicted values on the Y-axis, and scatter plots were prepared. The slope of the fitted curve was set to 1, and the intercept was 0. The scatter plots will be distributed on or near the curve when the predicted and measured values are the same or similar.

Supplementary Figures 4, 5 show the linear fits of the measured and simulated CODeff and biogas flow values during the model parameter estimation period and the subsequent validation period, respectively. The results obtained by statistical fitting curve showed that the values simulated with the optimized parameters were evenly distributed on both sides of the fitted curve in the validation period (first 150 days) and validation period (second 100 days). By contrast, the values simulated using the recommended parameters clearly deviated from the fitted curve, where they were distributed above the curve, thereby demonstrating that the simulated values were much overestimated.



Simulation Results for Pre-acidification Tank Effluent

In this complete anaerobic biochemical system used for treating DIP wastewater, the pre-acidification tank is connected before the IC reactor. In the simulation, the pre-acidification tank and IC reactor were run simultaneously as a combined module using Matlab 2017b/Simulink. According to the settings in the simulation of the pre-acidification tank described above, methanogenesis does not occur in the pre-acidification tank model (Supplementary Figure 2). Thus, the entire ADM1 was applied for simulating the pre-acidification tank except for the equation describing the methanogenesis process.

As described above, the pre-acidification tank is part of the AD treatment system and its simulation was also included in the overall sensitivity analysis. Therefore, it was feasible and necessary to study the simulation outputs in terms of CODeff and biogas production from the pre-acidification tank.

From theoretical perspectives, under normal conditions, COD reduction and methane production do not occur in the wastewater pre-acidification process because of the short SRT. Figure 5 and Supplementary Figure 6 respectively show the simulation results in terms of CODeff and biogas production for the pre-acidification tank using the optimized parameters under real-time operating conditions. The results showed that the pre-acidification CODeff (CODpreacid tank) obtained by the simulation was fairly consistent with the real measurements determined by sampling the pre-acidification tank effluent. In addition, the biogas production amount obtained by the simulation was maintained at zero. Therefore, the pre-acidification simulation results obtained by the model agreed well with the actual situation for the pre-acidification tank.
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FIGURE 5. CODeff simulation curve and actual measured value of the effluent from the pre-acidification tank. Calibration part was in 150-days parameter estimation period, and validation part was in subsequent 100-days validation period.




CONCLUSION

The model established in this study was effective at simulating the effluent COD and biogas production by a DIP wastewater treatment anaerobic biochemical system. The proposed model is based on ADM1, and it also considers the hydrodynamics of the pre-acidification tank and full-scale IC reactor. The component interpretation method was used to separate and classify the influent components according to the requirements of ADM1. Global sensitivity analysis showed that the Monod absorption rates and half-saturation constants for propionic acid, acetic acid, and hydrogen were the most sensitive parameters, which were optimized further. The modeling results of calibration and validation were both in good agreement with the on-site CODeff and biogas production data. The effluent of pre-acidification tank was also fit well. The method proposed in this study may be useful for the design, operation, or monitoring of wastewater full-scale anaerobic reactors.
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Polyethylene terephthalate (PET) is a common single-use plastic that accumulated in the environment because of its non-degradable characteristics. In recent years, microbes from different environments were found to degrade plastics and suggested their capability to degrade plastics under varying environmental conditions. However, complete degradation of plastics is still a void for large-scale implications using microbes because of the lack of knowledge about genes and pathways intricate in the biodegradation process. In the present study, the growth and adherence of marine Bacillus species AIIW2 on PET surface instigating structural deterioration were confirmed through weight loss and hydrophobicity reduction, as well as analyzing the change in bond indexes. The genome-wide comparative transcriptomic analysis of strain AIIW2 was completed to reveal the genes during PET utilization. The expression level of mRNA in the strain AIIW2 was indexed based on the log-fold change between the presence and absence of PET in the culture medium. The genes represent carbon metabolism, and the cell transport system was up-regulated in cells growing with PET, whereas sporulation genes expressed highly in the absence of PET. This indicates that the strain AIIW2 hydrolyzes PET and assimilated via cellular carbon metabolism. A protein–protein interaction network was built to obtain the interaction between genes during PET utilization. The genes traced to degrade PET were confirmed by detecting the hydrolytic product of PET, and genes were cloned to improve PET utilization by microbial system as an eco-friendly solution.

Keywords: biodegradation, polyethylene terephthalate, marine bacteria, genome, transcriptome


INTRODUCTION

Polyethylene terephthalate (PET) is the most common single-use synthetic polymer, primarily used in the packaging industries such as plastic bags, bottles, and films (Andrady and Neal, 2009). Within the decades of its discovery, it has steered its spread in different ecosystems (Lithner et al., 2011; Wang et al., 2020). The need for remediation approaches is particularly urgent to combat non-degradable synthetic polymer accumulation. The biological approaches to remediate plastic wastes could provide an eco-friendly solution. The growing concerns for an efficient system meant for biodegradation of plastics are mainly due to the limitations in the conventional plastic disposal methods that cause the release of harmful chemicals in the surrounding environment that affect the life of living organisms at various trophic levels (Tokiwa and Calabia, 2004; Hermanová et al., 2015).

In recent years, microorganisms or their enzymes are increasingly reported for degradation and decomposition of plastics. During PET degradation study, a thermophilic hydrolase from Thermobifida fusca had combined characteristics of lipase and esterase (Mueller, 2006). An esterase from polyester-degrading bacterium (Thermobifida halotolerans) was cloned in Escherichia coli found to hydrolyze PET and bis-(benzoyloxyethyl) terephthalate into terephthalic acid and mono-(2-hydroxyethyl) terephthalate (Ribitsch et al., 2012). The two-novel esterase from anaerobic Clostridium botulinum strain (ATCC 3502) were found to hydrolyze polyester, which was cloned in E. coli BL21 (Perz et al., 2016). The engineered Comamonas testosteroni strain can degrade PET particles under alkaline conditions (Gong et al., 2018). Subsequently, a bacterium Ideonella sakaiensis could utilize PET as carbon and degrade by secretion of PETase (Austin et al., 2018). The aliphatic, aromatics, polyaromatic hydrocarbon, phthalate, polyethylene, and polyisoprene degradation genes were reported in the Rhodococcus (Zampolli et al., 2019). Janczak et al. (2020) demonstrated the ability of rhizospheric bacterial strain (Serratia plymuthica) for degradation of PET in cultivated and compost soil, as well as the presence of 155 genes for xenobiotics biodegradation in the genome.

In marine environments, plastic-degrading microorganisms are often found on waste plastic surfaces. A recent study of the taxonomic pattern of microbes associated with plastics from the marine environment showed that the recurring groups and families of Erythrobacteraceae and Rhodobacteraceae (Alphaproteobacteria) bacteria, Flavobacteriaceae (Bacteriodetes), and Cyanobacteria (Phormidium) were documented (Roager and Sonnenschein, 2019). A carboxylic ester hydrolase from the marine Pseudomonas aestusnigri was identified to degrade PET, which had amino acid sequence homology with type IIa family of PET hydrolytase (Bollinger et al., 2020). Sarkhel et al. (2020) reported marine bacterium and fungus, which degraded 35 and 22% plastic waste stripes, respectively, within 6 weeks. PETase had been displayed on the yeast surface (Pichia pastoris) to develop the whole-cell biocatalysis for improved PET degradation efficiency at higher pH and temperature stability (Chen et al., 2020). Notably, microorganisms have a great potential to degrade plastics, which could be amplified to a higher level through an understanding of underlying pathways, ultimately to come up with novel bioremediation approaches.

The functional analysis of available genome data could provide invaluable information for developing and designing strategies to attenuate plastic non-degradability (Zampolli et al., 2019). The metabolic networks with the catabolic enzymes could be exploited from genomics and transcriptomic networking in bioremediation applications.

This study aimed to resolve the PET mineralization process by the marine Bacillus strain AIIW2. We used a comparative transcriptomic approach to trace genes involved in plastic degradation that will highlight potential bottlenecks in the microbial PET mineralization process, which could become preferential targets for optimizing PET degradation by environmental microorganisms. The fundamental idea of plastic degradation now shows a two-step process: the hydrolysis of polymer into shorter fragments followed by mineralization by the candidate microorganism.



MATERIALS AND METHODS


Polyethylene Terephthalate

The bacterial degradation was measured in commercially available standard PET film (Sigma-Aldrich, United States). The approximate average molecular weight of PET film was 19,500 g mol– 1 and density 1.38 g cm– 3 used in the present study.



Bacterial Strain and Growth Conditions

The Bacillus species AIIW2 (KU877334) was initially isolated from plastic waste collected from the marine environment (Kumari et al., 2019). The strain AIIW2 used in this study was previously found to degrade different plastics through extensive analytical and microscopic studies (Kumari et al., 2019). The bacterial strain was cultured and maintained in Zobell marine broth at 30°C and 120 revolutions/min (rpm) or on solid Zobell marine agar plates with 1.8% agar. For bacterial degradation study, 1 mg mL– 1 of PET film was incubated in 30 mL of Bushnell and Haas broth (BHB) inoculated with the Bacillus species AIIW2, and another flask without any carbon source was taken as control incubated at 30°C under shaking condition. Before inoculation, PET film was washed with sterilized MilliQ water thrice, dried in laminar air flow, and UV-irradiated for sterilization.



Scanning Electron Microscopy Study

The morphological change on the surface of PET film due to bacterial activity was assessed using a field emission scanning electron microscope (FE-SEM, JSM-7100F, Jeol Ltd., United States). The bacterial-treated and -untreated PET films were taken out after 30 days of incubation and fixed with 2% glutaraldehyde (2 h), subsequently dehydrated with 30, 50, 70, and 100% ethanol for 30 min each, and then vacuum-dried in a desiccator. Vacuum dried films were coated with gold before scanning.



Weight Loss Assay

The bacterial degradation of PET film was evaluated through the dry weight reduction method described earlier (Kumari et al., 2019). Briefly, 1 mg mL– 1 of preweighted PET film were extracted from the bacterial culture maintained at 30°C under shaking condition in BHB medium after every 15 days up to 90 days to measure the degradation. The extracted PET films were washed with 2% sodium dodecyl sulfate (SDS) to remove attached cells and rinsed with MilliQ water thrice. The washed PET films were dried overnight at 50°C to determine the dry weight. The biodegradation efficiency of the marine bacterium was determined through a weight loss of the PET films when offered as a sole source of carbon.



Carbon Mineralization of Polyethylene Terephthalate

The PET mineralization into carbon dioxide resulting from hydrolysis was quantified through the titrimetric method (ISO 14855, 2005; Mohee et al., 2008; Funabashi et al., 2009). The Bacillus species AIIW2 was grown in 300 mL of BHB medium supplemented with 1 mg mL– 1 of PET film as a carbon source. Carbon mineralization was also studied in a bacterial culture grown without PET in BHB medium considered as a control treatment. The inoculated and control flasks were connected with 20 mL of sterilized 0.1 N sodium hydroxide through silicon tubing. The sodium hydroxide flasks were changed every 5 days of incubation, and CO2 production was measured in the initial flask through titration against 0.1 N HCl up to 35 days of incubation at 30°C (ISO 14855, 2005; Mohee et al., 2008). The CO2 evolution during the remineralization of PET film was calculated from the CO2 evolved from the control flask and the initial carbon content of PET films.



Hydrophilicity Measurement of Plastic Films

Water contact angles of the PET films after incubating with bacterial strain AIIW2 were measured using a Drop Shape Analysis System DSA 100 (KRÜSS GmbH, Hamburg, Germany). The PET films were removed from the culture medium and washed with 2% SDS followed by rinsing with distilled water and oven-dried overnight at 50°C. The PET films were analyzed every 15 days of incubation up to 90 days by dropping water on the surface, and the contact angle was measured at three points in triplication (Ribitsch et al., 2012).



Bond Indexes

Structural changes were analyzed in PET films (1 mg mL– 1) incubated in the bacterial culture and an uninoculated control medium every 30 days after incubation for 90 days through Fourier transform infrared spectroscopy (FTIR) (Spectrum EX, PerkinElmer) in the frequency range of 400–4,000 cm– 1 with a resolution of 1 cm– 1. The relative absorbance intensities of the ester carbonyl bond were evaluated using the following formula (Albertsson et al., 1987):

Keto Carbonyl Bond Index (KCBI) = I1715/I1465; Ester Carbonyl Bond Index (ECBI) = I1740/I1465;

Vinyl Bond Index (VBI) = I1650/I1465; Internal Double Bond Index (IDBI) = I908/I1465.



RNA Extraction and Sequencing

The Bacillus AIIW2 was incubated for 7 days at 30°C in a shaker incubator by supplementing with PET as treatment and without PET as control experiment in BHB medium; RNA was extracted using the RNeasy Mini Kit (Qiagen, Germany) according to the manufacturer’s instructions. The flasks were maintained in triplicates and were prepared for RNA extractions. The mRNA transcripts were sequenced as forward and reversed read files. The fastq sequence file with overlapping paired-end reads was created (MedGenome Labs Pvt., Ltd.). Illumina MiSeq 2 × 100-bp paired-end libraries with multiplex adaptors were prepared with an internal PhiX control by the Genoscreen platform (Malausa et al., 2011).



Sequencing Data Filtration and Differential Expression Analysis

The raw reads from sequencing data of all the replicates were processed for the quality check using FastQC (version 0.11.2) (Andrews, 2010). The low-quality reads were removed through a quality filter from the fastq raw reads using NGS QC toolkit v2.3.3 with stringent filtering criteria (Patel and Jain, 2012). The reads with Q < 30 bases were removed. Cufflink (version 2.2.1) was used to assemble the reads into transcripts on the basis of the mapping results (Trapnell et al., 2012). Filtered reads were aligned with the genome using bowtie2 (version 2.3.5.1) (Langmead and Salzberg, 2012) and Cufflinks. For evaluation of gene expression levels, the FPKM (per kilobase of exon per million fragments mapped) method was used. The analysis of differential expression was carried out using the cuffdiff (Trapnell et al., 2012). Significant differentially expressed genes (DEGs) were shown through heat map using an R script, and the scale of the heat map was set according to data values.



Functional Characterization

Gene ontology (GO) of DEGs was applied to study the gene functions. The GO annotation was performed using ShinyGO v0.61 (Ge et al., 2020) and illustrated through the R studio. The GO annotation was retrieved using a singular enrichment analysis statistical test at p < 0.05.



Pathway Analysis

To retrieve the KO [kyoto encyclopedia of genes and genomes (KEGG) Orthology] identifiers from KAAS database,1 entire assembled sequences were utilized (Moriya et al., 2007). These KEGG identifiers were used in KEGG2 to retrieve all possible metabolic pathways (Kanehisa et al., 2016).



Quantitative Real-Time Polymerase Chain Reaction

The expression profile of genes from RNA-seq analysis was validated through reverse transcriptase–polymerase chain reaction (RT-PCR). The total RNA was isolated from Bacillus species AIIW2 which were cultured in BHB supplemented with and without PET for 7 days. Reverse transcription was performed with QuantiTect Reverse Transcription Kit (Qiagen) to obtain the corresponding cDNA library according to the manufacturer’s instruction. Thirteen up-selected and 12 down-selected genes were validated by the RNA-seq differential gene expression data via RT-PCR. Amplification was performed in 20-μL volume that contained 1 μL of the reverse-transcribed RNA samples, 10 μL of SYBR Green Master Mix (Qiagen) and 20 mM of each primer (Supplementary Table 1). Thermocycling conditions were as follows: 30 s at 95°C, followed by 40 cycles of 5 s at 95°C, 10 s at 58°C and 45 s at 72°C, and one cycle of 15 s at 95°C, 1 min at 60°C and 15 s at 60°C for 35 cycles of amplification in Real-Time PCR Detection System (Bio-Rad). Expression of the housekeeping gene, 16S rRNA was used as a reference gene to normalize tested genes in Bacillus species AIIW2. The Ct value calculated from 16S rRNA reference gene was used to determine the relative abundance of target transcripts (Su et al., 2016). The RT-PCR results were compared with the transcriptome data to detect the correlation of each gene expression.



Reverse-Phase High-Pressure Liquid Chromatography

The product of PET hydrolysis was determined through reverse-phase high-pressure liquid chromatography (HPLC, RID-10A, Shimadzu, Japan). The bacterial strain AIIW2 was cultured for 30 days in 100 mL of BHB supplemented with PET film as a carbon source at 30°C under shaking conditions. After incubation, the culture supernatant was centrifuged at 10,000 rpm for 10 min and freeze-dried. The freeze-dried culture supernatant was acidified up to pH 2.5 using 2 M HCl, and hydrolysis products were extracted with ethyl acetate. The extracted hydrolyzed products were filtered with 0.2-μm filter and 20 μL injected in C18 column (Shimadzu, Japan). The mobile phase was 20% acetonitrile, 20% 10 mM phosphoric acid, and 60% (vol/vol) MilliQ water with a flow rate of 1 mL min– 1 at wavelength 241 nm. The peaks were quantified through standard curves of terephthalate (TPA), mono-(2-hydroxyethyl) terephthalic acid (MHET), and bis(2-hydroxyethyl) terephthalate (BHET) (concentration range, 0.1–1 mM).



String Network

Carboxylesterase and aldehyde dehydrogenase genes were analyzed for their interaction network in STRING database3 (Szklarczyk et al., 2011) using the Cytoscape 2.8 version (Smoot et al., 2011).



RESULTS


Polyethylene Terephthalate Degradation and Remineralization

To determine the degradation of standard PET film by marine Bacillus species AIIW2, weight reduction of PET film was observed every 15 days up to 90 days of the incubation period with the bacteria. The weight loss of PET film in percent was observed as 0.42, 0.82, 0.83, 0.94, 1.27, and 1.93% degradation after 15, 30, 45, 60, 75, and 90 days of incubation, respectively (Figure 1). However, no weight reduction was observed in PET film incubated without bacteria.
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FIGURE 1. Weight loss of PET film after incubation with Bacillus species AIIW2.


The CO2 evolution was estimated to confirm PET assimilation and mineralization by bacterial strain AIIW2. It was observed that the conversion of PET into CO2 (cumulative) was 11.78, 41.50, 74.29, 96.16, 116.49, and 128.07 mg CO2 g– 1 of C from days 5, 10, 15, 20, 30, and 35, respectively (Figure 2). The experiment was compared against control in which bacterial cultures were maintained without any carbon source.
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FIGURE 2. Cumulative CO2 evolution by bacterial strain during growth with PET.




Bacteria Adherence and Morphological Disruption

The colonization of the bacteria cells on the PET surface was confirmed through SEM after 30 days of incubation, and it was observed that the bacterial strain AIIW2 colonized and disrupted the PET surface, whereas untreated control film remains intact (Figure 3).
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FIGURE 3. SEM image of PET film after 30 days of incubation (A) control film, (B) with Bacillus species AIIW2, and (C) PET surface after washing off the bacterial cells.




Hydrophilicity Measurement of Polyethylene Terephthalate Films

An analysis of the water contact angle on the PET film showed that after 90 days of bacterial treatment with strain AIIW2 was reduced from 77.3° (control) to 55.8° (bacteria treated) (Supplementary Figure 1). The results also indicated that the inoculation of bacterial strain AIIW2 decreased the hydrophobicity of the PET film and increased the surface hydrophilicity from 29.7 to 44.2% in 90 days (Figure 4). As the PET surface became less hydrophobic, it will be less resistant to subsequent degradation by the bacterial cells.
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FIGURE 4. The hydrophilicity of bacterial treated PET surface during the incubation period.




Fourier Transform Infrared Spectroscopy

Formation or disappearance of acids (1,715 cm– 1), ketones (1,740 cm– 1), and double bonds (1,640 and 908 cm– 1) was monitored using the FTIR to determine the mechanism of the biodegradation process. KCBI, ECBI, VBI, and IDBI were calculated and confirmed the structural transformation of PET due to bacterial action. The bond indexed was observed to be unchanged in PET during the 90 days of incubation period in BHB medium without bacteria. However, bacterial treated PET film had increased KCBI and ECBI and a reduction in VBI and IDBI over the incubation period of 90 days (Figure 5).
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FIGURE 5. Bond indexes of PET film after incubation (A) without and (B) with Bacillus species AIIW2 for 3 months. KCBI, Keto Carbonyl Bond Index; ECBI, Ester Carbonyl Bond Index; VBI, Vinyl Bond Index; IDBI, Internal Double Bond Index.




Read Quality Filtration

Misassembled transcripts from RNA-seq were filtered out with the help of genome sequence data of Bacillus species AIIW2 (KY694465) (Kumari et al., 2020). A total of 63,27,406 and 56,70,745 high-quality raw reads were generated out of three replicates of transcriptome sequencing data of control and treated samples, respectively. After filtration, there were a total of 63,26,176 and 56,69,934 high-quality filtered reads were retrieved in control and treated samples, respectively. The detailed description of filtered reads is given in Supplementary Table 2. The Short Read Achieve (SRA) data were deposited in NCBI databank with SRA identifier SRP279031 and accession number MZ322848.



Identification of Differentially Expressed Genes

The RNA-seq profiling of Bacillus species AIIW2 while growing with PET as carbon source and without PET was performed to unveil the genes intricate in the degradation process. The differential gene expression of bacterial culture when grown with PET was compared with that grown without PET. A total of 3,992 genes were generated via mapping of reads to the reference genome. The comprehensive information of genes and their annotations are given in Supplementary Table 3. Identification of differential expression of genes during PET utilization was based on FPKM calculation of each gene, and a total of 2,031 DEGs were detected, among which 1,073 genes were up-regulated and 958 genes were down-regulated (Supplementary Table 4). Top up-regulated and down-regulated genes are shown in Figure 6 through heat map using the log2 FPKM values. Based on analysis of expression of these genes, enoyl-CoA hydratase (EC 4.2.1.17), acetyltransferase family (EC 2.3.1), activation of degradative enzymes, aldehyde dehydrogenase (EC 1.2.1.3), 3-oxoacyl-[acyl-carrier protein] reductase (EC 1.1.1.100), hydrolases, carboxylesterases, and putative permeases were up-regulated in bacteria-treated PET as carbon source genes. Likewise the expression of small acid-soluble spore protein beta-type SASP, acid-soluble spore protein H, cold shock protein CspD, YfhS protein, SinR regulator (post–exponential-phase responses, i.e., competence and sporulation) genes, antiholin-like protein LrgA, and sporulation-specific SASP protein were down-regulated genes. The 28.11% of hypothetical genes differentially also expressed when bacteria were grown with PET, indicating that the proteins with unknown functions were involved directly or indirectly for substrate adaptation.
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FIGURE 6. The expression patterns of the DEGs identified between control and treated samples. The heat map represents the relative expression levels of 25 genes examined in up-regulated (A) and down-regulated (B) genes based on log2 FPKM values.




Functional Analysis of Differentially Expressed Genes

There were 3,769 genes used for GO analysis for identifying the function of DEG. These DEGs are categorized into 76 functional groups and into three categories (i.e., biological process, molecular function, and cellular component) shown in Figure 7 with false discovery rate (FDR) value of less than 0.01 (Supplementary Table 5). The results of GO annotations displayed that ATPase-dependent transmembrane transport complex, ATP-binding cassette (ABC) transporter complex, Nbp35-Cfd1 ATPase complex, and transporter complex were dominant in cellular components, whereas transmembrane transport, single-organism transport, and single-organism localization were dominant in the biological process. The transmembrane transporter activity, ATPase activity, transmembrane movement of substances, primary active transmembrane transporter, and hydrolase activity act on acid anhydrides involved in the molecular function.
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FIGURE 7. Gene ontology classification in up-regulated and down-regulated genes during PET utilization.




Kyoto Encyclopedia of Genes and Genomes Analysis

The biological pathways in the Bacillus species AIIW2 grown in PET treatment were mapped to the KEGG database. A total of 1,974 contigs were assigned to 218 KEGG pathways; 511 contigs (25.88%) were involved in metabolic pathways, 156 (7.90%) contigs for microbial metabolism in diverse environments, 72 contigs (3.64%) for ABC transporters, 24 contigs (1.21%) for oxidative phosphorylation, 18 contigs (0.91%) for carbon fixation pathways in prokaryotes, 8 contigs (0.40%) for benzoate degradation, and 5 contigs (0.25%) for biofilm formation (Figure 8 and Supplementary Table 6). Interestingly, most up-regulated pathways were related to an intermediary pathway and quorum sensing such as the Krebs cycle and β-oxidation. However, there are voids observed within the catabolic trails, due to the limited number of enzymes annotation.
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FIGURE 8. Top 20 KEGG pathways during PET utilization by Bacillus species AIIW2.




Reverse Transcriptase–Polymerase Chain Reaction Validation of Differentially Expressed Genes

For the validation of transcriptome expression profile, quantitative RT-PCR analysis (16S rRNA gene used as reference) was performed. The expression of 13 up and 12 down DGEs were validated using RT-PCR. The fold-change expressions were compared with RNA-seq expression profile data (Figure 9 and Supplementary Table 7). RT-PCR showed considerable correlation with transcriptome profile between bacterial culture grown without and with PET, suggesting the consistency and accuracy of the RNA-seq expression analysis.
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FIGURE 9. Quantitative RT-PCR of DEGs of Bacillus species AIIW2 when grown with PET film compared with culture grown without PET film (A). Correlation analysis between qRT-PCR and RNA-Seq data expression values (B). The R and p represent the Pearson correlation coefficient and p value, respectively.




Network of Carboxylesterase and Aldehyde Dehydrogenases Gene

The network analysis of carboxylesterase and aldehyde dehydrogenases was performed to understand functional interactions between the expressed proteins by integrating protein–protein interaction with close species based on gene orthology. The protein–protein interaction networks were constructed for carboxylesterases and aldehyde dehydrogenases based on RT- PCR and HPLC data and illustrated pathways for PET biodegradation (Figure 10). The protein–protein interaction networks were constructed for carboxylesterases and aldehyde dehydrogenases based on RT-PCR and HPLC data. The significantly up-regulated genes such as carboxylesterase and aldehyde dehydrogenase that might have a crucial function in PET degradation were used to construct the protein–protein interaction networks (Figure 11). There were 13 nodes and 24 edges detected in carboxylesterase, whereas 7 nodes and 17 edges were detected in aldehyde dehydrogenase, at a confidence (score) cutoff 0.40. Table 1 lists the network interactors and their description, which provided information about the physical and functional associations between proteins and pathways from the database.
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FIGURE 10. Proposed PET metabolism by Bacillus species AIIW2.
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FIGURE 11. Network analysis of (A) carboxylesterase and (B) aldehyde dehydrogenase gene. String interaction network displaying the relationship of gene clustered in a module.



TABLE 1. Network description of carboxylesterase and aldehyde dehydrogenase of marine Bacillus species.
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DISCUSSION

The present study focused on finding PET-degrading gene in marine Bacillus species AIIW2 and illustrating the involved pathway. PET degradation by marine bacterial strain was determined up to 3 months by measuring weight loss and degree of mineralization. The preweighted standard and intact PET film had 1.93% of dry weight reduction after 3 months of incubation with marine Bacillus AIIW2 (Figure 1). In a previous study, hydrolase from T. fusca was demonstrated to degrade PET-G and PET-B by 50% weight loss in 3 weeks (Mueller, 2006). PET-GF and PET-S degraded approximately 13.5 and 27.0%, respectively, by cutinase from Saccharomonospora viridis (Kawai et al., 2014). The CO2 evolution test followed up evidence for the biodegradability of a test material. Castro-Aguirre et al. (2017). Kumar et al. (2020) reported 30.52% weight reduction and mineralization of PET into CO2 and water after incubating with Rhodococcus species grown with terephthalate supplementation for 132 h. The rate of PET mineralization by strain AIIW2 followed up by 128.02 mg CO2 g– 1 of C evolved cumulatively after 35 days and increased with the incubation period (Figure 2). The carbon dioxide remineralization was 0.051 and 0.046 cm3 from cellulose filter paper and Novamont Mater-Bi (constituted 60% starch), respectively, in 5 days of incubation (Mohee et al., 2008). The bacterial colonization on the PET film is an essential prerequisite in biodegradation. The SEM images of bacteria-treated PET film support the efficient attachment and degradation of the surface compared with control film (Figure 3). Koshti et al. (2018) suggested that the bacterial colonization on the PET surface was an initiation of bacterial action for the degradation activity. The surface contact angle reduced from 77.3° to 55.8° of the PET film after 90 days of bacterial incubation. The reduction in water contact angle of PET surface represents a decreased hydrophobicity and increased hydrophilicity after 90 days of incubation with Bacillus species AIIW2 (Figure 4), which is in corroboration with the observations of Radhakumary et al. (2005) and Arutchelvi et al. (2008). The contact angle of corona discharge treatment and UV-treated polyethylene was found to be reduced significantly up to 54.6% in corona discharged film and 24.56% in UV-treated film after incubation with fungal consortium (Matsunaga and Whitney, 2000). The contact angle of chitosan-blended polyethylene matrix was found to be decreased with an increase in chitosan percentage in structure due to the hydrophilic property of chitosan in comparison to unplasticized polyethylene film; moreover, the cross-linking of palm oil also added hydrophilicity in the LDPE structure incubated with Aspergillus niger (SunilKumar et al., 2012). The water contact angle of PET film treated with Bacillus subtilis was found to be reduced from 68.2° to 62.6° (Ribitsch et al., 2011).

The formation of KCBI and ECBI and reduction in IDBI and VBI were observed by FTIR spectra that confirmed the structural transformation of PET (Figure 5). The formation of acids (1,715 cm– 1) and ketones (1,740 cm– 1) and disappearance of double bonds (1,640 and 908 cm– 1) were analyzed using the FTIR to elucidate the PET biodegradation process. Notably, the appearance of hydrolyzable carbonyl functional group in the polymer structure will provide the site for hydrolytic enzyme action for biotransformation. The increase of KCBI and ECBI showed oxidoreductive enzyme activity on PET film incubated with strain AIIW2. The reduction in VBI and IDBI indicated the deformation and reduction in internal structure, whereas there was negligible variation in the bond index in PET film incubated without bacteria. The presence of carbonyls bonds as a product of degradation suggests the presence of oxidoreductive enzymes (Harshvardhan and Jha, 2013). The formation of double bonds or esters in the polymer chain may be due to the Norrish type II reaction proposed earlier (Albertsson et al., 1987). Janczak et al. (2018) reported structural changes in PET film after incubation with rhizospheric microbe in carbonyl bond indexes. The carbonyl bond indexes, that is, KCBI, ECBI VBI, and IDBI of HDPE, were increased when incubated with Arthrobacter species; however, whereas in the incubation with Pseudomonas species KCBI, ECBI, and VBI increased, IDBI decreased compared with the control (Balasubramanian et al., 2010).

The heat map represents that the genes involved in carbon metabolism and cell transport system were up-regulated in cells growing with PET, whereas sporulation genes were expressed in the absence of PET. This observation indicates the nodes of PET assimilation via cellular carbon metabolism by strain AIIW2 (Figure 6). A similar pattern was also observed in GO; that is, biological processes, molecular functions, and cellular components genes were up-regulated while growing with PET film (Figure 7). In a study on polyethylene degradation by Rhodococcus ruber strain, fatty acid degradation, alkane degradation, and β-oxidation pathways were the most up-regulated pathways (Gravouil et al., 2017).

In this study, the KEGG analysis showed that supplementation of PET induces the bacterial assimilation pathway for its utilization; indeed, the Bacillus species AIIW2 grows when PET is provided as a carbon source (Figure 8). The top 13 up-regulated genes were identified as being differentially expressed in PET treated with bacterial cultures. The Ct averages and standard error were calculated to find the log-fold expression of the genes in the treated and control samples. The RT-PCR results also displayed the highest relative fold change in carboxylesterase (EC 3.1.1.1), ABC transporter, and transporter genes predicted to have 6.37, 6.48, and 6.61, respectively, in PET treated in comparison to control Bacillus species AIIW2 grown in the absence of PET film (Figure 9). The secretion of hydrolytic enzyme that hydrolyzes the PET structure results in carbonyl bond index and reduction in internal as well as vinyl bonds (Albertsson et al., 1987; Balasubramanian et al., 2010). Further, the transport system helps the subsequently hydrolyzed oligomers for cellular assimilation (Gravouil et al., 2017). The release hydrolysis product of PET during incubation with Bacillus species AIIW2 was quantified by reverse-phase HPLC. The presence of BHET, MHET, and TPA as a degradation product aldehyde dehydrogenase and esterase activity involved in the initial degradation step, although in combination with expression profiling (RNA-seq and RT- PCR), suggest the same. The concentrations of released BHET, MHET, and TPA were found to be 0.34, 14.01, and 107.06 mM, respectively, in 30 days of incubation by HPLC analysis. The TPA was found to be a major hydrolytic product suggesting the PET hydrolyzed into BHET, MHET, and TPA, where TPA would further hydrolyze from MHET by carboxylesterase and hydrolase (Barth et al., 2015; Yoshida et al., 2016). Yoshida et al. (2016) proposed the degradation of PET by Ideonella sakaiensis through hydrolysis of PET into MHET and TPA extracellularly and further transported into the cell to catabolism. In a study, TPA was released higher than MHET as a resulting product of novel esterase from T. halotolerans, where amorphous PET fiber was hydrolyzed into BHET (Ribitsch et al., 2012). The cutinase from Fusarium solani hydrolyzed PET into BHET, MHET, and TPA, although MHET and TPA ratios were higher (Vertommen et al., 2005). The degradation pathway was elucidated based on changes in the functional groups and HPLC determination. Carboxylesterase is likely to hydrolyze PET into BHET and TPA, whereas MHET by aldehyde dehydrogenase activity (Figure 10).

In a study, a network analysis of degrading protein obtained from the genome of Sphingopyxis strains deciphers interaction with the core content (Verma et al., 2020). Although carboxylesterase and aldehyde dehydrogenase genes from RNA-seq data were mapped for interaction with a relative set of hydrolytic proteins, the 13 genes of carboxylesterase were mapped, and interactors of catabolic and central metabolism were identified with both sets of genes. This determines the distant placement of proteins for growth and metabolism while growing with an unusual substrate such as PET. Interactome network analysis provided the relationship of carboxylesterase genes (EME73206.1) with the interactors, such as rnr, smpB, secG, menH, lipL, EME75427.1, EME74075.1, EME76140.1, EME75111.1, EME75551.1, EME74213.1, EME76735.1, and EME76119.1 (Barth et al., 2016), and seven genes of aldehyde dehydrogenase (EME73854.1) from the iron-containing alcohol dehydrogenase family were mapped, and their interactors were EME76327.1, EME75538.1, EME72722.1, EME74002.1, EME72134, rocA L-glutamate γ-semialdehyde dehydrogenase belonging to the aldehyde dehydrogenase family, EME74051.1 dehydrogenase with different specificities (short-chain alcohol dehydrogenases) (Reid and Fewson, 1994). The network analysis of carboxylesterase showed that interactions were present between proteins from essential cellular metabolism, such as ribonuclease R, SsrA-binding protein, preprotein translocase subunit SecG, putative 2-succinyl-6-hydroxy-2,4-cyclohexadiene-1-carboxylate synthase, N-octanoyl transferase, carboxylic ester hydrolase, esterase/lipase, enoyl-[acyl-carrier-protein] reductase (NADH), TPR repeat-containing protein YrrB, 8-amino-7-ketopelargonate synthase, 8-amino-7-ketopelargonate synthase, UPF0354 uncharacterized protein conserved in bacteria, and adapter protein MecA. Similarly, aldehyde dehydrogenase interactors were NAD and short-chain alcohol dehydrogenases (Figure 11). The identification of interactions between genes and between proteins established elucidation of the functions of genes of interest or for a better understanding of a PET degradation process.



CONCLUSION

PET is the most common contributor to solid wastes in the environment. A growing body of literature supports microbial degradation of PET polymer; however, it cannot resolve how degradation occurs. Marine bacterium Bacillus species AIIW2 had the ability to degrade PET structure and remineralize into CO2. The comparative transcriptome profile of strain AIIW2 suggested that hydrolytic enzymes were playing a key role during the utilization of PET film by the bacteria. The degradation product and predicted pathway have suggested the role of aldehyde dehydrogenase and carboxylesterase in PET hydrolysis. The genes traced to degrade PET were confirmed by detecting the hydrolytic product of PET and carboxylesterase gene found to be a key enzyme in the degradation process and selected for cloning. The degradation pathway had been elucidated based on changes in the functional group and HPLC determination. We provide transcriptome-based insight into the biodegradation of PET films by marine bacteria Bacillus species AIIW2, although the gene annotated during the degradation process could help to develop an engineered microbial system for improved degradation of PET. The study will establish an understanding of plastic biodegradation through microbial resources as eco-friendly for reducing pollution. Altogether, this study provides a map involved during the PET degradation by marine bacterial strain.
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The discharge of excess nitrogenous pollutants in rivers or other water bodies often leads to serious ecological problems and results in the collapse of aquatic ecosystems. Nitrogenous pollutants are often derived from the inefficient treatment of industrial wastewater. The biological treatment of industrial wastewater for the removal of nitrogen pollution is a green and efficient strategy. In the initial stage of the nitrogen removal process, the nitrogenous pollutants are converted to ammonia. Traditionally, nitrification and denitrification processes have been used for nitrogen removal in industrial wastewater; while currently, more efficient processes, such as simultaneous nitrification-denitrification, partial nitrification-anammox, and partial denitrification-anammox processes, are used. The microorganisms participating in nitrogen pollutant removal processes are diverse, but information about them is limited. In this review, we summarize the microbiota participating in nitrogen removal processes, their pathways, and associated functional genes. We have also discussed the design of efficient industrial wastewater treatment processes for the removal of nitrogenous pollutants and the application of microbiome engineering technology and synthetic biology strategies in the modulation of the nitrogen removal process. This review thus provides insights that would help in improving the efficiency of nitrogen pollutant removal from industrial wastewater.
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INTRODUCTION

Industrial development improves our life quality; nevertheless, the industries, such as those producing paper and pharmaceutical products, generate large amounts of industrial wastewater (Liang et al., 2021; Singh et al., 2021). Nitrogen is one of the main industrial wastewater pollutants (Sun et al., 2021), the spread of which pollutes the environment (Chen et al., 2018), damages the ecosystem, and affects human health (Liu et al., 2021). Nitrogenous pollutants in wastewater mainly comprise inorganic nitrogen and organic nitrogen (Odedishemi Ajibade et al., 2021). The organic nitrogen pollutants can be catalyzed by microorganisms to form inorganic pollutants (Wei et al., 2015). Thus, the primary task of wastewater treatment is the removal of inorganic nitrogen. Therefore, developing green and sustainable strategies to remove inorganic nitrogen pollutants is of great interest (Deng et al., 2021).

Both physicochemical and biological methods are used for removing nitrogenous pollutants in wastewater. The physicochemical methods include stripping, wet oxidation technology, electrochemical technology (Monfet et al., 2018), ion exchange, and adsorption methods (Mook et al., 2012). While physicochemical methods require higher capital and generate solid wastes as secondary contamination, biological methods are mainly used for the efficient removal of nitrogen pollutants (Monfet et al., 2018; Wang et al., 2020c; Chen et al., 2021b). Inorganic nitrogen pollutants are mainly available in the form of ammonia nitrogen (NH4+-N), nitrite nitrogen (NO2−-N), and nitrate nitrogen (NO3−-N). Biological removal of these nitrogen pollutants in wastewater treatment plants mainly involves the process of ammonification, nitrification, denitrification, and anammox processes (Guo et al., 2020; Liu et al., 2020). These nitrogen removal processes convert nitrogen pollutants to several different oxidation states, and each process needs special running parameters (Rahimi et al., 2020). In each process, different microorganisms function and varying metabolic reactions are involved, and the efficiency of each nitrogen removal process is divergent (Zhang et al., 2021b). Hence, understanding the biological removal processes at species and molecular level is essential for the development of efficient nitrogen pollution removal strategies.

In this review, we aim to summarize the nitrogen removal processes and their microbiota used for the removal of nitrogen pollutants, their functional genes, metabolic pathways, and associated mechanisms. The application and optimization of nitrogen pollution removal process are systematically described, and their operating effectiveness is compared. Based on current nitrogen removal processes, we also discuss and propose the future application of these functional microorganisms and their engineering for industrial wastewater treatment via microbiota engineering and synthetic biology strategies.



BIOLOGICAL DENITRIFICATION PROCESS FOR NITROGEN POLLUTANT REMOVAL

The biological nitrogen pollutant removal process mainly involves partial nitrification (PN), nitrification, denitrification, and anammox (Supplementary Table S1 and Supplementary information). The microbial processes and their associated genes involved in nitrogen removal have been identified in previous studies (Supplementary Figure S1; Wang et al., 2014; Rahman et al., 2018; Li et al., 2021b). The nitrification process converts ammonia nitrogen into nitrate nitrogen and involves ammonia-oxidizing bacteria (AOB) and nitrite-oxidizing bacteria (NOB). AOB and NOB are autotrophic Gram-negative aerobic bacteria that use the energy released in the nitrification process for growth. First, ammonia nitrogen is transformed into nitrite nitrogen by AOB (Mehrani et al., 2020) through the PN process (Wang et al., 2020a), a complex biochemical process that involves electron transfer, and generates energy and diverse intermediates (Xia et al., 2019; Ren et al., 2020; Qian et al., 2021). The process initiates by oxidation of NH4+-N to hydroxylamine (NH2OH) by ammonia monooxygenase, which is then oxidized to nitrite nitrogen by hydroxylamine oxidoreductase. The nitrite nitrogen is further transformed into nitrate nitrogen by nitrite oxidoreductase of NOB (Staley et al., 2018).

Denitrification is an important step of the biological nitrogen cycle (Zhang et al., 2019); it involves several enzymes and generates various intermediate metabolites (Ren et al., 2020). Four key enzymes of nitrate reductase, nitrite reductase, nitric oxide reductase, and nitrous oxide reductase catalyze the transformation of the nitrate to nitrogen gas (Ding et al., 2019). Most denitrifying bacteria, being heterotrophic facultative anaerobes, carry out the reaction under anaerobic conditions in two steps using nitrate as an electron acceptor and organic matter (organic carbon) as electron donor (Semedo et al., 2018).



THE TRADITIONAL BIOLOGICAL NITROGEN REMOVAL PROCESS AND SIMULTANEOUS NITRIFICATION-DENITRIFICATION PROCESS

The traditional biological nitrogen removal (BNR) process involves sequential, full-scale nitrification and denitrification reactions to transform ammonia nitrogen into nitrogen gas as: NH4+→NO2−→NO3−→NO2−→N2. This process has been applied for effectively removing nitrogen pollutants from the wastewater (Kornaros et al., 2010; Chen et al., 2021c; Zhang et al., 2021a; Figure 1A). Based on the BNR process, simultaneous nitrification-denitrification (SND) process has been developed, wherein, the nitrification and denitrification reactions occur synchronously in the same reactor and convert ammonia nitrogen into nitrogen gas (Wang et al., 2006).
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FIGURE 1. Biological nitrogen removal processes and the microorganisms involved in these processes. (A) Traditional nitrification and denitrification processes. (B) Simultaneous nitrification-denitrification process. (C) Partial nitrification-anammox process. (D) Partial denitrification-anammox process. (E) Microbiome and synthetic biology strategy used for nitrogen pollutant removal process. The natural microbiota is used for nitrogen pollutant removal; with the help of microbiome and synthetic biology strategy, new nitrogen removal strains can be isolated and engineered strains can be constructed; and these strains can be engineered for synthetic microbiota with efficient nitrogen removal ability.


Compared with the traditional BNR process, the SND process reduces the investment in equipment and space occupation and is thus a cost-effective process for nitrogen pollutant removal from industrial wastewater (Supplementary Table S2; Xiang et al., 2020). The microorganisms involved in the SND process are mainly nitrifying bacteria and aerobic denitrifying bacteria (Figure 1B). The primary factors affecting the nitrogen removal efficiency include the carbon to nitrogen ratio (COD/N), dissolved oxygen (DO) concentration, sludge concentration, and pH (Chang et al., 2019). Especially, the simultaneous nitrification-denitrification process requires the simultaneous presence of aerobic and anaerobic environments within the same reactor; hence, the DO concentration directly affects the denitrification rate and efficiency (Wang et al., 2018). Moreover, the SND process had been applied for the removal of phosphorus pollutants from municipal wastewater, showing the SND process is feasible in phosphorus removal (Salehi et al., 2019).

Due to the requirements of proper DO and COD/N, the establishment of SND process and sustaining SND process at high efficiency and a stable state for industrial wastewater treatment is difficult (Lai et al., 2020). Some novel microorganisms, including aerobic denitrifying bacteria, low DO nitrifying bacteria, heterotrophic denitrifying bacteria, and some autotrophic denitrifying bacteria, have been identified and used to improve the efficiency and robustness of SND process (Wang et al., 2017; Carneiro Fidélis Silva et al., 2019). Moreover, optimization carbon-to-nitrogen ratio, DO concentration, carrier materials, and other strategies have been used for SND startup and stable running (Dobbeleers et al., 2017; Iannacone et al., 2019; Salcedo Moyano et al., 2021). However, the denitrification process under aerobic conditions is rarely reported, and little information about the SND microbiota is available (Liu et al., 2019; Li et al., 2021a). In the future, giving insights into the SND process and optimizing SND startup, including the design of proper wastewater treatment plant, dynamic microbiota of the running bioreactors, and recovering the association between functional microbiota and running performance, are necessary for industrial-scale nitrogen wastewater treatment with SND process.



ANAEROBIC AMMONIUM OXIDATION PROCESS FOR NITROGEN POLLUTANT REMOVAL

In 1995, anaerobic ammonium oxidation (Anammox)—a revolutionary process—was identified during a denitrification process for wastewater treatment (Mulder et al., 1995). This discovery provides an understanding of the available nitrogen processing in nature and is a novel applicable process for the removal of nitrogen pollutants (Speth et al., 2016). Anammox process can efficiently remove nitrogen pollutants in the wastewater containing high levels of ammonia nitrogen and low levels of organic pollutants. This process is being applied these days in hundreds of large-scale wastewater treatment plants (Ali and Okabe, 2015) and can potentially treat low-strength nitrogen wastewater by optimizing reactor types and operation parameters (Li et al., 2021d).



THE ANAMMOX PROCESS FOR NITROGEN REMOVAL

In the anammox process, anammox bacteria directly convert ammonia nitrogen and nitrite nitrogen into nitrogen gas, using ammonia nitrogen as the electron donor and nitrite nitrogen as the electron acceptor in anaerobic environments (Chen et al., 2021a). First, NO2−-N is reduced to NO, which is used as the electron acceptor of NH4+-N to produce N2H4. N2H4 is further oxidized to form N2 (van de Graaf et al., 1997). The anammox process is low cost because no energy input is needed (Xu et al., 2020). The bacteria involved in the anammox process are different from those in the traditional BNR process (Supplementary Table S2; Zhu et al., 2008; Wen et al., 2020).

The anammox process requires NO2− as an electron acceptor, but the wastewater often contains NH4+ and no NO2−. This NO2− can be provided by the PN process for initiation and continuation of the anammox process (Chen et al., 2020). The partial nitrification-anammox (PN/A) process is a short biological denitrification method that can achieve high efficiency of denitrification at a proper temperature, DO concentration, hydraulic retention time, and pH (Val Del Rio et al., 2019; Zhang et al., 2019) with the help of AOB and anammox bacteria (Lv et al., 2011; Figure 1C). This process can efficiently remove nitrogen pollutants without adding organic carbon sources and controlling wastewater COD concentration (Sheng et al., 2020).

The PN/A process can save about 50% oxygen with low sludge generation, and no release of CO2 into the air (Huang et al., 2020). According to the available estimates, the PN/A process can save more than 90% of the operating cost (Zhao et al., 2021). However, the low growth rate of anammox bacteria, the low robustness of anammox bacteria to environmental changes, and the nitrogen removal rate limited the application of anammox for nitrogen pollutant removal (Weralupitiya et al., 2021; Wang et al., 2021c). The quorum sensing strategy had been proposed for improving functions of the PN/A process, which might enhance nitrogen removal efficiency through PN/A process in the future (Zhao et al., 2021).



THE PARTIAL DENITRIFICATION PROCESS USED FOR NITROGEN REMOVAL

Partial denitrification (PDN) stops the reduction of Nitrite nitrogen to nitrogen and is considered to be an alternative process for providing nitrite to anammox bacteria (Fu et al., 2019; Cui et al., 2020). By treating wastewater with high-level nitrate nitrogen and low-level ammonia nitrogen, the PDN-anammox (PDN/A) process can reduce organic carbon source input and generate less sludge (Zhang et al., 2020). The microorganisms mainly functioned in the PDN process are partial denitrifying bacteria and anammox bacteria, including Acidovorax facilis, Citrobacter diversus, and some Thauera species (Figure 1D; Wang et al., 2020d).

AOB and anammox bacteria (AnAOB) are the primary functional microorganisms in the PN process and anaerobic ammonia oxidation, and they are also essential for autotrophic denitrification (Wu et al., 2019). However, the PN/A process can produce more than 11% nitrate nitrogen using one-stage or two-stage PN/A processes, which needs to be processed further (Li et al., 2020b). The combination of denitrification PN, and anammox processes (DN-PN/A) in a self-circulating integrated plant is a promising and efficient process to remove nitrogen pollutants from wastewater (Yan et al., 2020). The primary microorganisms involved in the process are AOB, AnAOB, and denitrifying bacteria (Du et al., 2021), and the reactions involved in the DN-PN/A process are as:
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In principle, the DN-PN/A process can remove 100% of ammonia nitrogen, but it is difficult to create a balance between the growth of heterotrophic microorganisms and autotrophic microorganisms (AOB, AnAOB, and other microorganisms) in one integrated reactor (Ma et al., 2020). Thus, research needs to be conducted to develop or engineer optimized DN-PN/A microbiota (Jiang et al., 2021).



INDUSTRIAL APPLICATION OF BNR FOR WASTEWATER TREATMENT

The traditional biological denitrification process is based on three reactions, including ammonification, nitrification, and denitrification, and the associated microorganisms can be accumulated as activated sludge (Supplementary Figure S2). The ammoniation reaction takes place in the aeration tank and can remove organic carbon and transfer organic nitrogen to NH4+-N (Supplementary Table S1). After precipitation, the effluent from the ammoniation process enters the nitrification tank where NH4+-N is converted to NO3−-N. The nitrification reaction requires an acid to decrease the pH of the reactor. The NO3−-N is reduced to N2 in the denitrification process, which requires organic carbon sources, such as methanol and glucose. In practice, original wastewater containing organic carbon is mixed with the nitrification effluent (Falås et al., 2016).

In addition to the described processes, the anaerobic-aerobic process (A/O) or recurring denitrification process is also used for removing nitrogen pollutants. The A/O process can efficiently use original organic compounds in wastewater, reduce air input, and in the process, the intermediate tank and reflux system are removed (Zhang et al., 2013). The A/O process significantly reduces construction and operation costs. Based on the A/O process, the anaerobic/anoxic/aerobic (A2/O) process is optimized to carry out the denitrification and dephosphorization processes, which can be synchronously in one reactor, and simultaneously remove the phosphorus, showing that traditional biological wastewater treatment strategy is efficient and cost-friendly (Park et al., 2021).

To conduct operations for nitrogen removal, the microbiota of the nitrogen removal processes is examined. Nitrospira, Thauera, Dechloromonas, and Ignavibacterium are the most abundant microbial genera in the A2/O sludge (Kim et al., 2013; Xiang et al., 2021). Further, Nitrosomonas, Nitrospira, and Nitrobacter have been identified as the key taxa for nitrite oxidation (Wang et al., 2019; Li et al., 2020a; Feng et al., 2021; Zhou et al., 2021), and Truepera, Paracoccus, and Denitratisoma were found to primarily carry out denitrification (Wang et al., 2019; Deng et al., 2020; Li et al., 2020a; Wang et al., 2020b). Recently, the autotrophic nitrogen removal systems, including PN, anammox, and the PN/A processes in two bioreactors or in a single bioreactor, were used as cost-effective ways to treat NH4+ rich wastewater (Dehestaniathar et al., 2021).

The anammox process for industrial wastewater treatment was developed in China more than a decade ago (Ni et al., 2010). For synthetic wastewater treatment, the primary functional anammox microbes were identified to be Nitrosomonas, Stuttgartiensis, and Candidatus Kuenenia (Zhang et al., 2013). The anammox process has also been used for the treatment of vitamin B2 production wastewater, and Ca. Kuenenia and Nanaocystis were found to be the main functional microorganisms (Table 1; Mai et al., 2020). Besides, new anammox bacterial species and sulfate-dependent anammox bacteria, such as Anammoxoglobus sulfate (Liu et al., 2008) and Bacillus benzoevorans (Cai et al., 2010), were found to assist in removing ammonium and sulfate simultaneously during wastewater treatment (Nie et al., 2021). Currently, with the aid of molecular techniques, at least five genera of anammox bacterial have been identified, including Ca. Brocadia (Kartal et al., 2008), Ca. Kuenenia (Schmid et al., 2000), Ca. Scalindua (Ali et al., 2020), Ca. Anammoxoglobus (Kartal et al., 2007), and Ca. Jettenia asiatica (Ali et al., 2013). However, no pure culture of these anammox has been obtained yet. In the future, culturomics may contribute to the isolation of anammox bacteria and help unravel nitrogen metabolic pathways of anammox (Lagier et al., 2018).



TABLE 1. Biological nitrogen removal processes for different wastewater types.
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THE APPLICATION OF MICROBIOME AND SYNTHETIC BIOLOGY FOR NITROGEN REMOVAL

High-throughput sequencing techniques, metagenomics, and other microbiome strategies are being applied to analyze microbiota with the ability to remove nitrogen pollutants (Xiang et al., 2021). There is a great diversity in the dominant microorganisms functioned in different nitrogen pollutant removal processes. Nevertheless, most microorganisms are assigned to the phyla of Proteobacteria, Bacteroidetes, Nitrospirae, and Chloroflexiphyla (Table 1), and some bacteria in the ammonification, nitrification, and denitrification processes have already been isolated (Table 1). Although several anammox bacteria have been identified using molecular techniques, no pure culture of the anammox bacteria has yet been obtained (Table 1; Zhang and Okabe, 2020).

In the future, microbiome strategies can be used to discover anammox genomes and the functional genes in the PN/A microbiota and other microbiota. Based on metabolic information inferred from the microbiome data, a proper medium can be designed for the isolation or enrichment of anammox bacteria (Wei et al., 2020). Besides, the functional genes and pathways discovered in the microorganisms that can remove nitrogen pollutants can be expressed in the model organisms, such as Escherichia coli (Wang et al., 2021a), Clostridium perfringens (Wang et al., 2011), Klebsiella pneumoniae (Wang et al., 2021b), and others (Wang et al., 2020c), to build genetically engineered strains for nitrogen pollutant removal (Figure 1E). These isolated strains, engineered strains, and enriched microbiota can be used for the construction of a series of synthetic microbiota with nitrogen removal ability, as well as those that can accomplish different nitrogen removal processes (Jiang et al., 2021; Li et al., 2021c). Based on the nitrogen pollutant types and concentration, proper synthetic microbiota can be selected and developed for nitrogen pollutant removal (Figure 1E).



PERSPECTIVES

In this review, current biological denitrification processes and associated functional microorganisms have been summarized. The advantages and limitations of current mainstream denitrification processes in wastewater treatment have also been reviewed, and PN/A, PDN/A, DN-PN/A, and other anammox processes might be the main nitrogen removal strategies in the next few years. In order to enhance nitrogen removal efficiency, proposing novel integrated process for nitrogen removal and giving insight into the molecular mechanisms of each nitrogen removal process are essential for nitrogen pollutant removal in the industrial-scale wastewater. Moreover, some primary nitrogen pollutant removal bacteria have not yet been cultured in the laboratory, and microbiome should be implemented for the recovery of microorganisms functioned in the nitrogen pollutant removal process. In the future, synthetic biology strategies would help construct/synthesize microbiota for the efficient treatment of nitrogen pollutants in wastewater based on the nitrogen removal isolates and engineered microbial strains.
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Previous studies report significant changes on biotic communities caused by cascade reservoir construction. However, factors regulating the spatial–temporal plankton patterns in alpine cascade reservoir systems have not been fully explored. The current study explored effects of environmental factors on the longitudinal plankton patterns, through a 5-year-long study on the environmental factors and communities of phytoplankton and zooplankton in an alpine cascade reservoir system located upstream of Yellow River region. The findings showed that phytoplankton and zooplankton species numbers in the studied cascade reservoir system were mainly regulated by the hydrological regime, whereas nutrient conditions did not significantly affect the number of species. Abundance and biovolume of phytoplankton in cascade reservoirs were modulated by the hydrological regime and nutrient conditions. The drainage rate, N:P ratio, and sediment content in cascade reservoirs were negatively correlated with abundance and biovolume of phytoplankton. Abundance and biovolume of zooplankton were not significantly correlated with the hydrological regime but showed a strong positive correlation with nutrient conditions in cascade reservoirs. Shannon–Wiener index (H’) and the Pielou index (J) of phytoplankton were mainly regulated by the hydrological regime factors, such as drainage rate and sediment content in cascade reservoirs. However, temperature and nutrient conditions were the main factors that regulated the Shannon–Wiener index (H’) and the Pielou index (J) of zooplankton. Species number, abundance, and biovolume of phytoplankton showed a significant positive correlation with those of zooplankton. Hydrodynamics and nutrient conditions contributed differently in regulating community structure of phytoplankton or zooplankton. These findings provide an understanding of factors that modulate longitudinal plankton community patterns in cascade reservoir systems.

Keywords: phytoplankton, zooplankton, cascade reservoirs, community pattern, damming, Qinghai-Tibetan plateau


INTRODUCTION

Several dams are built on rivers worldwide to increase the use of water resources and meet surging domestic power demand (Graf, 1999; Finer and Jenkins, 2012; Grumbine and Pandit, 2013). Dams cause longitudinal river discontinuity and convert some original river ecosystems into reservoir or lake ecosystems with low water flow, high water transparency, and raised temperature (Magilligan and Nislow, 2005; Okuku et al., 2016; Van Cappellen and Maavara, 2016). Serial constructions of dams lead to a cascade reservoir system along the river. Several studies have explored the effects of cascade reservoirs on river ecosystems (Fan et al., 2015; Algarte et al., 2016; Wang Y. et al., 2016; Kang et al., 2017; Baumgartner et al., 2020). Studies report that cascade reservoirs cause significant changes in phytoplankton (Padisák et al., 2000; Silva et al., 2005; Wang et al., 2018), zooplankton (Hart, 2004; Perbiche-Neves and Nogueira, 2010; Okuku et al., 2016), benthic animals (Callisto et al., 2005), fish (Draštík et al., 2008), water physiochemical characteristics (Jorcin and Nogueira, 2005; Karnaukhova, 2007), and hydrological regimes (Matsuno et al., 2003) in river ecosystems. The effect of the construction of cascade reservoirs on rivers is significant for rivers in high-altitude areas whose ecological environment is more fragile. However, studies on the effects of construction of cascade reservoirs on alpine river ecosystems are limited.

Plankton, including phytoplankton and zooplankton, plays an important role in material circulation and energy flow in river or aquatic ecosystems (Cury et al., 2000; Richardson and Schoeman, 2004; Frederiksen et al., 2006). Phytoplankton is the main primary producer, whereas zooplankton is a group connecting the food webs of river ecosystems and are the most sensitive species to changes (Padisák et al., 2000; Silva et al., 2005; Perbiche-Neves and Nogueira, 2010; Wang et al., 2018). Therefore, community characteristics and dynamics of plankton are often used to explore the structure and functioning of river ecosystems, help in identifying regulating factors of plankton dynamics, and in evaluating effects of human activities on natural river ecosystems (Paerl et al., 2010; Okuku et al., 2016).

Previous studies on phytoplankton or zooplankton in individual reservoir reported that hydrology, nutrient availability, and biota interactions were the main controlling factors of plankton composition and biomass in reservoirs (Rangel et al., 2012; Beaver et al., 2013; Chang et al., 2014; Silva et al., 2014; Amaral et al., 2020). However, the detailed relationship between plankton community and these environmental factors was reservoir specific and more complex since conflicting results were reported (Beaver et al., 2013; Silva et al., 2014). Previous studies on the plankton pattern formation mechanism in reservoirs that omitted either phytoplankton or zooplankton may be inaccurate owing to the predation relationship between phytoplankton and zooplankton (Chang et al., 2014). Lack of a detailed investigation on environmental variables, phytoplankton, zooplankton, and fish characteristics may partly account for the contradicting findings from previous studies (Chang et al., 2014). Although studies on phytoplankton or zooplankton community in individual reservoirs are abundant, studies on longitudinal plankton community pattern and corresponding structuring factors after cascade reservoir construction are few (Okuku et al., 2016). Most studies only explored the effects on either phytoplankton or zooplankton (Padisák et al., 2000; Hart, 2004; Silva et al., 2005; Perbiche-Neves and Nogueira, 2010; Wang et al., 2018), and studies that explored both phytoplankton and zooplankton in a continuous cascade reservoir system are limited (Silva et al., 2005; Okuku et al., 2016; Wang et al., 2018). Environmental variables, phytoplankton community characteristics, zooplankton community characteristics, and fish community characteristics should be explored together to avoid potentially conflicting conclusions among studies. However, systematic and longtime span study of both phytoplankton community and zooplankton community in cascade reservoir system have not been conducted. Longitudinal plankton community pattern and corresponding regulating factors in cascade reservoir systems are not fully understood.

In the current study, the longitudinal distribution pattern of plankton and the corresponding regulation factors were explored for the first time in a high-altitude alpine cascade reservoir system. Longitudinal variation and dynamics of both phytoplankton and zooplankton community characteristics, including species number/composition, abundance, biovolume and biodiversity index, fish community composition, and environmental factors (environmental variables–phytoplankton–zooplankton–fish) were sampled for 5 years in the 300-km alpine and oligotrophic plateau cascade reservoirs. This study sought to (1) describe the longitudinal variation of plankton community pattern along the alpine cascade reservoirs, (2) promote understanding of environmental variables–phytoplankton–zooplankton–fish interactions in cascade reservoir systems, and (3) identify factors regulating plankton community pattern in cascade reservoir systems. The findings of the current study will promote understanding of factors that modulate the longitudinal plankton community patterns in cascade reservoir systems worldwide.



MATERIALS AND METHODS


Study Area

Yellow River is the second largest river in China and the sixth largest in the world. The altitude upstream of Yellow River varies between 2,000 and 4,000 m above sea level. Twelve reservoirs have been built between Longyang Gorge (LYG) and Jishi Gorge (JSG) upstream of Yellow River, forming the largest cascade reservoir system in China. The cascade reservoir system is approximately 300-km long and 800-m drop, and has an average annual runoff of 2.8 × 1010 m3. All reservoirs are weekly or daily regulated reservoirs except for the upstream LYG, which is an annually regulated reservoir (Miao et al., 2020). Detailed morphological characteristics of each cascade reservoir have been reported by Miao et al. (2020). The cascade reservoir system is oligotrophic with a low TP and a high N:P ratio (Miao et al., 2020). Furthermore, it comprises a broad latitudinal gradient of depth, water residence time, and nutrient levels. The drainage rate was calculated by dividing individual reservoir storage by the daily outflow.



Sample Collection and Analysis

To explore the plankton community pattern and corresponding regulating factors after cascade reservoir construction, sampling sites were established in the lacustrine zone of each reservoir in Longyang Gorge (LYG), Laxi Gorge (LXG), Lijia Gorge (LJG), Gongbo Gorge (GBG), and Suzhi Gorge (SZG) (Figure 1). Sampling was carried out four times yearly from March to October for 5 years from 2013 to 2017.
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FIGURE 1. Schematic diagram of the location of the cascade reservoirs (A) and sampling points in the cascade reservoirs (B). Dams are shown by solid bars.


Sample collection, species identification, and biovolume determination of plankton were performed following the Specification for Freshwater Plankton Surveys (SC/T 9402-2010). In the current study, qualitative and quantitative samples of both phytoplankton and zooplankton were collected. Species identification and counting were performed using an optical microscope with a phytoplankton counting chamber. Plankton biovolume (wet weight) was estimated using biovolume (mm3 L–1) and converted from the plankton abundance using quantitative plankton samples (Hillebrand et al., 1999; Sun and Liu, 2003). Fishes were caught with approval by the local authority using cages and gill net methods (SC/T 9102.1-2007) to evaluate predation pressure on zooplankton. Primary species identification and numbering was conducted in the field. Fishes were released back after identification, photographing, and numbering.

GPS coordinates, altitude, water temperature, and pH of the sampling points were determined on-site. Dissolved oxygen (DO) level was determined using the iodometric method (GB 7489-87) within 24 h after sampling. Total nitrogen (TN) was determined by ultraviolet spectrophotometry after digestion of samples with alkaline potassium persulfate (HJ 636-2012). Total phosphorus (TP) was determined using ammonium molybdate spectrophotometry method (GB/T 1183-1989). Chemical oxygen demand (CODMn) was evaluated using alkaline potassium permanganate titration method (GB 11892-1989). The level of suspended solid (SS) was determined using gravimetric method (GB 11901-1989). Biological oxygen demand (BOD5) was determined by dilution and inoculation method (HJ 505-2009).



Statistical Analysis

Data on plankton abundance, biomass, and biodiversity indexes, and environmental variables were presented as means ± standard deviations (mean ± SD) to show yearly variability. Phytoplankton and zooplankton community structures were expressed as species number, abundance, biomass, Shannon–Wiener diversity indexes, and Pielou evenness indexes. The 5-year results were used to show plankton community composition in the cascade reservoir system. Plankton diversity was measured by Shannon–Wiener diversity and Pielou evenness indexes.

Remote-sensing images of sampling points were generated by Google Earth (version 7.3.3.7699). Origin software (version 8.6) was used to map the longitudinal and temporal variations of plankton characteristics. Corrplot package (version 0.84) was used for Pearson’s correlation analysis between phytoplankton communities, zooplankton communities, and environmental parameters. Detrended correspondence analysis (DCA) showed that the size of the gradient was less than 3; thus, redundancy analysis (RDA) was conducted among the Hellinger transformed phytoplankton, zooplankton, and environmental factors using CANOCO 5.0. Network analysis between plankton community characteristics and environmental factors in the cascade reservoirs was performed using Cytoscape tool (Version 3.8.1). Mean values of plankton abundance, biovolume, and biodiversity index for each site over the 5 years were used for Pearson’s correlation analysis, redundancy analysis, and network analysis. The values of ∗p < 0.05, ∗∗p < 0.01, and ∗∗∗p < 0.001 showed significant correlation.



RESULTS


Phytoplankton Community Composition and Longitudinal Variation

Eight phyla with 102 species of phytoplankton were identified in the five cascade reservoirs over the 5 years with 39 Bacillariophyta species (38.2%) and 39 Chlorophyta species (38.2%) (Figure 2A). The number of phytoplankton species, especially Bacillariophyta, Chlorophyta, and Cyanophyta, determined in LYG was significantly higher compared with that in the other reservoirs (Figures 2B,C). Synedra acus, Navicula sp., Cymbella sp., Diatoma vulgare, Synedra sp., Cyclotella sp., and Achnanthes sp. in the Bacillariophyta phylum, Chlamydomona sp. and Ulothrix sp. in Chlorophyta, and Phormidium sp. and Oscillatoria tenuis in Cyanophyta and Ceratium hirundinella in the Pyrrophyta phylum were the widely distributed species found in all five cascade reservoirs. The findings showed that the Bacillariophyta–Chlorophyta pattern of phytoplankton composition did not change over time. The average phytoplankton abundance and biovolume were 1.8 × 105 cells/L and 66.6 μg/L, respectively, in the five cascade reservoirs over the 5 years of study. Abundance and biovolume of phytoplankton decreased longitudinally along the river from upstream LYG to downstream SZG (Figure 2C). The average phytoplankton Shannon–Wiener diversity index and Pielou index were 2.08 and 0.73, respectively, in the five cascade reservoirs over the 5 years (Figure 2D).
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FIGURE 2. Phytoplankton pattern in the cascade reservoirs. (A) Phytoplankton species composition over the 5 years of study, (B) phytoplankton species composition in each cascade reservoir, (C) longitudinal changes in the Shannon–Wiener index (H’) and Pielou index (J) of phytoplankton along the cascade reservoirs, and (D) longitudinal changes in phytoplankton abundance and biovolume along the cascade reservoirs. Locations of cascade reservoirs are recorded as kilometers upriver from the inlet site of the LYR.




Zooplankton Community Composition and Longitudinal Variation

Four phyla comprising 52 zooplankton species were identified in the five cascade reservoirs over the 5 years with 30 Rotatoria species (57.7%) and 9 Protozoa species (17.3%) (Figure 3A). Rotatoria and Protozoa were the dominant species in the five cascade reservoirs. Although Rotatoria and Protozoa were the predominant zooplankton species in the five cascade reservoirs, the zooplankton composition in each cascade reservoir was significantly different (Figure 3B). Analysis showed that LYG had the maximum number of zooplankton species (Figure 3B). Acanthocystis sp. and Tintinnopsis wangi in the Protozoa phylum, Synchaeta sp., Keratella cochlearis, Polyarthra trigla, and Asplanchna sp. in the Rotatoria phylum, and Bosmina longirostris in the Cladocera phylum were widely distributed in the reservoirs. Zooplankton species identified over the 5 years gradually decreased longitudinally from upstream LYG to downstream SZG (Figure 3B). Average zooplankton abundance, biovolume, Shannon–Wiener diversity index, and Pielou index were 294.44 cells/L, 402.1 μg/L, 1.56, and 0.73, respectively, in the five cascade reservoirs over the 5 years (Figures 3C,D).
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FIGURE 3. Zooplankton pattern in the cascade reservoirs. (A) Zooplankton species composition over the 5 years of study, (B) zooplankton species composition in each cascade reservoir, (C) longitudinal changes in zooplankton abundance and biovolume along the cascade reservoirs, and (D) longitudinal changes in the Shannon–Wiener index (H’) and Pielou index (J) of zooplankton along the cascade reservoirs.




Factors Modulating the Longitudinal Phytoplankton Pattern

The findings showed that variations in phytoplankton composition among cascade reservoirs were mainly shaped by hydrological regime; however, water chemistry modulated phytoplankton composition (Figures 4–6). The number of phytoplankton species was mainly modulated by the hydrological regime of cascade reservoirs (Figures 4, 5). Notably, volume, area, flow, drainage rate, and altitude showed significant effects on modulation of phytoplankton species (Figures 4–6). The drainage rate of cascade reservoirs showed significant negative effects on phytoplankton species number (Figures 4–6). A higher drainage rate was correlated with lower phytoplankton species number in cascade reservoirs (Figures 4, 5). Decrease in drainage rate significantly increased the species number of Bacillariophyta and Chlorophyta in the alpine and oligotrophic cascade reservoirs in the upstream Yellow River (Figures 4, 5). Nutrient parameters, such as COD, TN, and TP levels, were not significantly correlated with phytoplankton species number in the studied cascade reservoirs (Figures 4, 5). However, abundance and biovolume of phytoplankton were synergistically affected by hydrological regime and nutrient levels (Figures 4–6). Drainage rate, N:P ratio, and sediment content were negatively correlated with abundance and biovolume of phytoplankton (Figures 4, 5). This finding showed that phytoplankton abundance and biovolume decreased with increase in drainage rate and N:P ratio in cascade reservoirs. The Shannon–Wiener index (H’) and the Pielou index (J) of phytoplankton were modulated by water depth, drainage rate, flow and sediment content (Figures 4, 5). Notably, abundance and biovolume of phytoplankton were low, whereas, the Shannon–Wiener index (H’) and Pielou index (J) of phytoplankton were high in cascade reservoirs with high sediment content and high drainage rate (Figures 4, 5). The findings showed high abundance and biovolume of phytoplankton in deep cascade reservoirs, whereas the Shannon–Wiener index (H’) and the Pielou index (J) of phytoplankton (P_H’ and P_J) were low (Figures 4, 5). These findings show that water depth, drainage rate, and sediment content played an important role in modulating phytoplankton community composition in cascade reservoir systems.
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FIGURE 4. Pearson’s correlation analysis between plankton and environmental factors in the cascade reservoirs over the 5 years. Baci, Bacillariophyta; Chlo, Chlorophyta; Cyan, Cyanophyta; Chry, Chrysophyta; Pryy, Pyrrophyta; Eugl, Euglenophyta; Cryp, Cryptophyta; Xant, Xanthophyta; Rota, Rotatoria; Prot, Protozoa; Cope, Copepoda; Clad, Cladocera; P_Num, phytoplankton abundance; P_Mass, phytoplankton biovolume; P_H, phytoplankton Shannon–Wiener diversity index; P_J, phytoplankton Pielou index; Z_Num, zooplankton abundance; Z_Mass, zooplankton biovolume; Z_H, zooplankton Shannon–Wiener diversity index; Z_J, zooplankton Pielou index; Volu, volume; depth, depth; Drai, drainage rate; Area, area; Flow, runoff; Elev, altitude; Temp, temperature; TN, total nitrogen; TP, total phosphorus; N.P, N:P ratio; COD, chemical oxygen demand; SS, suspended substances. *, **, and *** in the upper part indicates significance. Numbers in the lower part indicate correlation coefficient.
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FIGURE 5. Network analysis between plankton and environmental factors in the cascade reservoirs over the 5 years. Red lines indicate positive correlation. Blue lines indicate negative correlation. Larger width of lines indicates a stronger correlation.
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FIGURE 6. Redundancy analysis (RDA) among phytoplankton, zooplankton, and environmental factors in the cascade reservoirs over the 5 years. (A) RDA of phytoplankton community composition and environmental factors, (B) RDA of zooplankton community composition and environmental factors, (C) RDA of the number of phytoplankton and zooplankton species, and (D) RDA of the number of plankton species and environmental factors.




Factors Modulating the Longitudinal Zooplankton Pattern

Although Rotatoria and Protozoa were the most dominant species in all cascade reservoirs, the species number, abundance, biovolume, and biodiversity index of zooplankton differed along cascade reservoirs (Figure 3B). The species number of zooplankton was mainly modulated by hydrological regime in the studied cascade reservoir system (Figures 4–6). Notably, volume, area, flow, and drainage rate significantly modulated the number of zooplankton species (Figures 4, 5). The drainage rate showed significant negative effects on the species number of zooplankton (Figure 4). A high drainage rate was correlated with lower zooplankton species number (Figures 4, 5). Nutrients, such as COD, TN, and TP, showed insignificant effects on zooplankton species number (Figures 4, 5). Notably, abundance and biovolume of zooplankton was not significantly correlated with the hydrological regime. However, a strong positive correlation with temperature, TN, TP, and COD was observed, whereas abundance and biovolume of zooplankton were negatively correlated with the sediment content (Figure 4). These findings indicated that abundance and biovolume of zooplankton were higher in cascade reservoirs with high water temperature, high nutrient levels, and low sediment content. Contrary to that of phytoplankton, the biodiversity of zooplankton was not significantly correlated with the hydrological regime; however, it showed a significant correlation with temperature and nutrient levels (Figures 4, 5). Regulation of biodiversity of zooplankton by temperature and nutrient levels was probably through regulation of abundance and biovolume of phytoplankton. Sediment content showed different effects on biodiversity of zooplankton compared with that of phytoplankton (Figures 4–6). Sediment content in cascade reservoirs was correlated with a low Shannon–Wiener index (H’), and a high Pielou index (J) of zooplankton (Figure 4). These findings show the important role of drainage rate, temperature, nutrient levels, and sediment content in regulating community pattern of zooplankton in cascade reservoir systems.



Correlation Analysis Between Phytoplankton and Zooplankton Communities

Pearson’s correlation analysis (Figure 4) and network analysis (Figure 5) showed that the phytoplankton species number was positively correlated with zooplankton species number in the cascade reservoirs over the 5 years (Figures 4, 5). Correlation coefficients between Chlorophyta and the four zooplankton phyla were more than 0.9 (Figures 4, 5). Furthermore, abundance and biovolume of phytoplankton showed a positive correlation with abundance and biovolume of zooplankton (Figures 4, 5). This finding is consistent with the predatory relationship between phytoplankton and zooplankton. The Shannon–Wiener index of phytoplankton was negatively correlated with the Shannon–Wiener index of zooplankton in the cascade reservoirs (Figures 4, 5). Abundance and biovolume were negatively correlated with biodiversity for both phytoplankton and zooplankton.



DISCUSSION


Phytoplankton Community Variation Regulated by Physicochemical Factors

This study explored the effects of different factors on the plankton community patterns in an alpine and oligotrophic cascade reservoir system. Plankton samples were collected for 5 years in the cascade reservoirs, to ensure that the study data were systematic for reliable conclusions. Phytoplankton species composition in the alpine cascade reservoirs showed a dominant Bacillariophyta–Chlorophyta pattern (Qiu et al., 2019). Bacillariophyta is dominant at low temperature (Schabhüttl et al., 2013) and high turbulence (Harris and Baxter, 1996) riverine waters (Reynolds et al., 2002; Beaver et al., 2013). The cascade reservoirs in the current study are located in the upstream Yellow River in the alpine zone with low nutrient levels and dissolved organic materials. Therefore, only a few species from the genera such as Microcystis, Anabaena, and Aphanizomenon in the Cyanophyta phylum, which are adapted to eutrophic water with relatively high water temperature, and abundant dissolved organic substances were observed in the current study (Reynolds et al., 2002; Silva and Costa, 2015). However, temperature was significantly positively correlated with numbers of Cyanophyta and Chlorophyta species. Phytoplankton community composition in the cascade reservoirs in the upstream Yellow River were similar to those reported in the upstream Yangtze River (Chen et al., 2013; Yin et al., 2017), upstream Lancang–Mekong River (Yin et al., 2017), and Qaidam River (Chen et al., 2012) in the Qinghai–Tibet plateau. These regions show characteristics of phytoplankton composition in oligotrophic waters in the alpine region of the Qinghai–Tibet plateau. The finding showed that diatoms had stronger ability to adapt to harsh environments. Nutrient-rich diatoms provide abundant food for aquatic animals in harsh alpine waters and have important ecological significance in the food chain of oligotrophic and alpine ecosystems.

Abundance (1.8 × 105 cells/L) and biovolume (66.6 μg/L) of phytoplankton species in the alpine cascade reservoirs were low. This may be because the cascade reservoirs in the upstream are located on the Qinghai–Tibet plateau, where growth and reproduction of phytoplankton are significantly inhibited by high altitude, low water temperature, and low phosphorus levels (Amaral et al., 2020). Oligotrophic aquatic systems with low species number and biovolume of phytoplankton and simple ecosystem structure are vulnerable to external factors. Low phytoplankton species number, abundance, biovolume, and diversity index observed in the current study indicate that the phytoplankton community in the alpine cascade reservoirs was less stable and less resistant to external disturbance. The findings indicated that the ecosystem of high-altitude rivers is more fragile compared with rivers in low-altitude areas. Alpine river ecosystems are more vulnerable to environmental changes and human activities; therefore, the environmental impact of human activities on alpine river should be carefully explored.

Although some phytoplankton species were present along cascade reservoirs, the phytoplankton community composition was different along cascade reservoirs. Hydrodynamic characteristics of cascade reservoir systems vary worldwide. However, hydrology characteristics are the main factors that modulate the community structure of phytoplankton (Silva et al., 2005; Beaver et al., 2013; Qu et al., 2018). The current study explored the factors regulating the phytoplankton patterns in cascade reservoirs. The findings of this study showed that the environmental factors controlling species number, abundance, biovolume, and biodiversity of phytoplankton can be different in cascade reservoir systems. The species number and the biodiversity index (including the Shannon–Wiener index and Pielou index) of phytoplankton were mainly modulated by the hydrological regime of cascade reservoirs. Hydrological parameters, such as volume, area, and flow were correlated with the drainage rate of cascade reservoirs. Drainage rate/water residence time, and the sediment content of cascade reservoirs were the most important factors modulating the species number and biodiversity index of phytoplankton. This may be because cascade reservoirs with larger water volume, higher drainage rate, and higher sediment content provide spatial heterogeneity to more phytoplankton species (Okuku et al., 2016; Graco-Roza et al., 2020). The findings showed that the hydrological regime modulated phytoplankton species number, abundance, and biovolume of phytoplankton. However, abundance and biovolume of phytoplankton were significantly modulated by nutrient levels compared with the hydrological regime in cascade reservoirs. Higher nitrogen and phosphorus levels promote growth of phytoplankton. Previous studies report that phytoplankton biomass changes in response to nutrient availability mainly in oligotrophic conditions (Özkan et al., 2016; Wang et al., 2018; Amaral et al., 2020). However, some studies report that bioavailable nitrogen and phosphorus are weakly correlated with phytoplankton biomass (Beaver et al., 2013; Okuku et al., 2016). The relationship between nutrient levels and phytoplankton biomass is more complex in flowing cascade reservoir environments owing to multiple structuring factors (Beaver et al., 2013; Silva et al., 2014; Okuku et al., 2016). Hydrology and phosphorus concentrations were significantly correlated with phytoplankton biomass in 12 tropical hydroelectric reservoirs in Brazil (Rangel et al., 2012; Silva et al., 2014). Drainage rate and N:P ratio showed significant negative effects on phytoplankton abundance and biovolume in cascade reservoirs, which was consistent with findings reported by Silva et al. (2014). This can be attributed to the high drainage rate of the cascade reservoirs, which may cause unstable water environment, increased sediment content, and low transparency, which negatively affect the growth of phytoplankton (Silva and Costa, 2015; Okuku et al., 2016; Chen et al., 2018). Notably, high nutrients levels (COD, TN, and TP) significantly promote growth of phytoplankton. Okuku et al. (2016) reported that water retention time is not positively correlated with phytoplankton abundance in cascade reservoirs, and smaller reservoirs showed higher abundance, despite their significantly shorter retention time. However, the findings of the current study showed that LYG (with larger volume, longer water retention time, and more static water) showed the highest phytoplankton abundance and biomass compared with the other cascade reservoirs. In addition, the drainage rate of cascade reservoirs significantly modulated species composition and biovolume of phytoplankton indicating the role of hydraulic stability to phytoplankton (Beaver et al., 2013; Silva and Costa, 2015). The findings showed that increased residence time, low sediment content, and high levels of nutrients increase phytoplankton abundance and biovolume (Bowes et al., 2016; Rao et al., 2018). Furthermore, the findings indicate that sediment content reduced abundance and biovolume of phytoplankton, and increased the diversity index of phytoplankton in the studied cascade reservoirs.



Zooplankton Community Variation Regulated by Physicochemical Factors

Although previous studies report that physicochemical factors modulate zooplankton communities and dynamics (Sellami et al., 2010; Chang et al., 2014), only a few studies have explored zooplankton community patterns along cascade reservoirs and the factors that regulate these patterns. The findings showed that the composition of the zooplankton community in the studied cascade reservoir system was simple with a few large zooplankton species. A high-altitude environment with low water temperature, strong ultraviolet, and low abundance of phytoplankton and bacteria are negatively correlated with zooplankton abundance (Silva et al., 2014). Therefore, zooplankton species number, abundance, and biovolume were low in the studied alpine cascade reservoir system. High flushing environments in reservoirs favored small-sized zooplankton with short generation times, such as rotifers (Obertegger et al., 2007; Beaver et al., 2013; Silva et al., 2014). Rotifers were dominant in riverine ecosystems with low water residence time (Baranyi et al., 2002; Okuku et al., 2016), which is consistent with the findings of the current study in the flowing cascade reservoir system. However, the findings showed that the species number of rotifers was significantly correlated with the volume and the area of reservoirs, and more species number of Rotatoria was detected in low-flushing LYG compared with other high-flushing reservoirs in our study.

The findings in this 5-year study showed the importance of physicochemical factors on zooplankton communities (Anneville et al., 2007; Sellami et al., 2010; Chang et al., 2014). However, the findings showed that effects of physicochemical factors on species composition, abundance/biovolume and biodiversity index was different in the cascade reservoir system. Zooplankton species number along cascade reservoirs was mainly regulated by the hydrological regime of cascade reservoirs. However, the abundance, biovolume, and biodiversity of zooplankton showed a weak correlation with hydrological regime, and significantly positive correlation with temperature and nutrient levels (TN, TP, and COD). The finding on weak correlation between zooplankton abundance and the hydrology was not consistent with findings from previous studies that high zooplankton abundance was observed in the lentic zones or reservoirs due to reduced water speed and longer retention times (Thorp et al., 1994; Basu and Pick, 1997; Reckendorfer et al., 1999; Okuku et al., 2016). The correlation between abundance and biovolume of zooplankton and temperature, and nutrient levels was because higher temperature and nutrient levels contribute to the growth of phytoplankton through the supply of food for zooplankton (Lampert et al., 1986; Vanni, 1987; Elser and Goldman, 1991; Tavares et al., 2019). Therefore, factors affecting abundance and biovolume of phytoplankton may also affect zooplankton abundance and biovolume. Furthermore, the findings showed that the sediment content did not significantly decrease the Shannon–Wiener index of zooplankton; however, it was significantly correlated with a high Pielou index of zooplankton. A previous study reported that turbidity decreased zooplankton taxa numbers in three tropical cascading reservoirs, which is consistent with the findings of the current study (Okuku et al., 2016).



Comparison of Effects of Physicochemical Factors on Zooplankton and Phytoplankton Community

Sampling and analysis of both zooplankton and phytoplankton were conducted in this 5-year study. A comparison of the effects of the physicochemical factors on zooplankton and phytoplankton communities showed that the effects of physicochemical factors on zooplankton and phytoplankton showed differences in the cascade reservoir system. Species numbers of phytoplankton and zooplankton along cascade reservoirs were mainly regulated by hydrological regime of cascade reservoirs. This finding indicates the importance of hydrological characteristics in shaping zooplankton and phytoplankton community species composition. However, factors regulating abundance, biovolume, and biodiversity of zooplankton were different from those regulating phytoplankton. Sediment content decreased the Shannon–Wiener index of both phytoplankton and zooplankton in the current study. However, sediment content decreased the Pielou index of phytoplankton but increased the Pielou index of zooplankton. A significant positive correlation between phytoplankton Shannon–Wiener index (H’) and Pielou index (J) was observed in the present study, which was consistent with findings from previous studies (Stirling and Wilsey, 2001; Ricotta and Avena, 2003; Okuku et al., 2016). This finding indicates that the phytoplankton Shannon–Wiener index (H’) was highly correlated with the Pielou index (J) compared with phytoplankton abundance and biomass (Okuku et al., 2016). However, insignificant positive correlation was observed between the zooplankton Shannon–Wiener index (H’) and the Pielou index (J).



Interaction Between Zooplankton and Phytoplankton Communities

Previous limited numbers of studies on plankton community in cascade reservoir systems only focused on either phytoplankton or zooplankton and seldom focused on both in one study. The findings of the current study showed a significant correlation between phytoplankton and zooplankton in species number, abundance, and biovolume in cascade reservoirs. The significant correlation between zooplankton and phytoplankton species number/composition was consistent with findings from a study by Chang et al. (2014) that explored a subtropical reservoir. Furthermore, a significant correlation was observed between zooplankton and phytoplankton biomass. Strong zooplankton–phytoplankton interactions were expected since zooplankton feeds on phytoplankton (Matveev, 2003; Hunt and Matveev, 2005; Bonecker et al., 2007). However, weak zooplankton–phytoplankton interactions based on biomass have been reported in previous studies (Crisman and Beaver, 1990; Havens et al., 2000; Wang et al., 2007; Yuan and Pollard, 2018). Lack of a detailed investigation on environmental variables–phytoplankton–zooplankton–fish characteristics is partly the reason for these contradicting findings (Chang et al., 2014). Zooplankton biomass is regulated by physicochemical factors, availability of phytoplankton, and fish predation (Yoshida et al., 2001; Hansson et al., 2007; Attayde et al., 2010). The significant correlation between zooplankton and phytoplankton biomass in the studied cascade reservoir can be attributed to a strong bottom–up regulation of phytoplankton (Yuan and Pollard, 2018) and low top–down control of planktivorous fish (Lu and Xie, 2001; Pinto-Coelho et al., 2005; Hansson et al., 2007; Havens et al., 2009; Chang et al., 2014). In the current study, the predation pressure by fish on zooplankton was explored through fish survey. The catches of the current survey and previous studies indicated a low top–down control. Previous studies report low fish species number and fish biomass with very limited planktivorous fishes in alpine cascade reservoirs (Tang and He, 2013; Wang H. et al., 2016; Qiu et al., 2019). Analysis of the biomass, abundance, and distribution of the catches showed that Hypomesus olidus, Gymnocypris eckloni Herzensten, Triplophysa scleroptera, and Schizopygopsis pylzovi Kessler were the most dominant species (Tang and He, 2013; Qiu et al., 2019). The dominant taxa, including Schizothorax and Triplophysa in the studied cascade reservoir system, were mainly omnivorous fish. Schizopygopsis pylzovi Kessler mainly feed on algae, Hypomesus olidus and Gymnocypris eckloni Herzensten mainly feed on zooplankton, whereas Triplophysa scleroptera mainly feed on benthic gammarid and aquatic insects (Tang and He, 2013). The findings did not show other planktivorous invertebrate predators apart from fish. Therefore, zooplankton biomass was not significantly regulated by fish predation in the studied alpine and oligotrophic cascade reservoirs, which may be different from those in temperate, subtropical, and tropical lakes (Yoshida et al., 2001). Although the top–down control of fish on the zooplankton biomass was low, the findings of the current study showed clear bottom–up regulation of phytoplankton species number, abundance, and biomass on zooplankton community. These findings provide an understanding on interactions between phytoplankton and zooplankton in cascade reservoir system.



Environmental Implications for Water Conservancy Facilities

The findings of the current study showed that the community structure of plankton is significantly affected by the hydrological regime of the cascade reservoir system (Figures 5, 6). Therefore, plankton community structure is an ideal biomarker to reflect the impact of cascade reservoir construction on the river ecosystem (Li et al., 2013; Graco-Roza et al., 2021). Taxa composition of phytoplankton in the cascade reservoir system were mainly modulated by hydrological conditions (Figures 5, 6). On the contrary, abundance and biomass of phytoplankton were mainly modulated by hydrological conditions and nutrient levels (Figures 5, 6). Drainage rate, sediment content, and nutrient conditions contributed differently in regulating composition, abundance, biovolume, and biodiversity index of both phytoplankton and zooplankton. The hydrological regime can affect material circulation and energy transfer of the cascade reservoir ecosystem by affecting the taxa composition and biomass of plankton (Bertrand et al., 2001; Dias et al., 2016). Therefore, it is the most important regulating factor of the cascade reservoir ecosystem (Figures 5, 6; Li et al., 2013). The findings of the current study can be used to predict the effects of the proposed water conservancy facilities on community composition of plankton. More Chlorophyta species can be expected in a stable environment with low flow velocity and low sediment content, and more diatom species can be expected to survive in the environment of high flow velocity, high sediment content, and low water temperature. Relatively high phytoplankton biomass and abundance can be expected in cascade reservoirs with stable water environment of slow water flow, high transparency, and warm water temperature (Figures 5, 6). Phytoplankton grow and reproduce rapidly and can quickly adapt to changing hydrological characteristics of the cascade reservoir system and form a new plankton community (Wang et al., 2012; Chen et al., 2020). However, benthonic invertebrates with weak mobility and fish, mainly the spawning sites and feeding sites, are much slower to adapt to hydrological changes (Moreno and Callisto, 2006; Zhang et al., 2010). Studies should explore the impact of changes in the structure of plankton community on the community structure of benthonic invertebrates and fish in the upper reaches of rivers. The discharge flow of the reservoir should be kept stable when constructing and operating cascade reservoirs in the upper reaches of the river.



CONCLUSION

The longitudinal distribution pattern of plankton and the corresponding regulation factors were systematically explored for the first time in a high-altitude alpine cascade reservoir system. Results showed that plankton community structure is sensitive to the hydrological regime and is an ideal biomarker for evaluating the effects of cascade reservoir construction on a river ecosystem. The findings of the current study also showed that Bacillariophyta and Chlorophyta were the predominant phytoplankton phyla, whereas predominant zooplankton phyla in the alpine and oligotrophic cascade reservoir system were Rotatoria and Protozoa. The phytoplankton and zooplankton species number was mainly regulated by hydrological regime. Notably, drainage rate was the most significant factor, whereas nutrient levels did not significantly have an effect on phytoplankton and zooplankton species abundance. Abundance and biovolume of phytoplankton were modulated by hydrological regime and nutrient levels, whereas abundance and biovolume of zooplankton were mainly regulated by nutrient levels and sediment content. The Shannon–Wiener index and Pielou index of phytoplankton was mainly regulated by drainage rate and sediment content. On the contrary, the Shannon–Wiener index and Pielou index of zooplankton were mainly regulated by temperature and nutrient levels and less regulated by hydrological regime. Sediment content was negatively correlated with abundance and biovolume of both phytoplankton and zooplankton. However, sediment content was positively correlated with the Shannon–Wiener index and Pielou index of phytoplankton, but was negatively correlated with the Shannon–Wiener index of zooplankton. Phytoplankton can quickly adapt to changing hydrological conditions in a cascade reservoir system, and attention should be paid to the changes in community structure of benthonic invertebrates and fish.
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We developed an ultrafast one-step RT-qPCR assay for SARS-CoV-2 detection, which can be completed in only 30 min on benchtop Bio-Rad CFX96. The assay significantly reduces the running time of conventional RT-qPCR: reduced RT step from 10 to 1 min, and reduced the PCR cycle of denaturation from 10 to 1 s and extension from 30 to 1 s. A cohort of 60 nasopharyngeal swab samples testing showed that the assay had a clinical sensitivity of 100% and a clinical specificity of 100%.
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INTRODUCTION

The current highly transmissible outbreak of severe acute respiratory syndrome coronavirus (SARS-CoV-2) is the leading cause of morbidity and mortality across the globe (Andrasfay and Goldman, 2021; Cohen, 2021; Woolf et al., 2021). Researchers have intensively invested in developing innovation for cost-effective point-of-care test kits and efficient laboratory techniques for confirmation of SARS-CoV-2 infection (Carter et al., 2020; Chen et al., 2020; Shuren and Stenzel, 2020; Venter and Richter, 2020; Wiersinga et al., 2020; El Jaddaoui et al., 2021; Mardian et al., 2021; Taleghani and Taghipour, 2021; Vandenberg et al., 2021; Yüce et al., 2021). Among those technologies, real-time quantitative reverse transcription–polymerase chain reaction (qRT-PCR) of nasopharyngeal swabs is the current gold standard in the clinical setting to confirm the clinical diagnosis of coronavirus disease 2019 (COVID-19) caused by severe acute respiratory syndrome coronavirus 2 (SARS-CoV-2) (Carter et al., 2020; Ji et al., 2020; Tang et al., 2020; Kevadiya et al., 2021). Conventional qRT-PCR for SARS-CoV-2 detection usually takes approximately 2 h on benchtop qPCR instrument, with 10 min of reverse transcription, followed with initial denaturation for 1 min, and 45 PCR cycles of 10 s denaturation and 30 s extension (Figure 1; Vogels et al., 2020). However, the ongoing COVID-19 pandemic poses substantial challenges for health-care systems and their infrastructure. Therefore, to meet the pandemic challenges, it is important to significantly shorten the turnaround time in the race for increasing the number of diagnostic tests.
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FIGURE 1. Workflow of ultrafast one-step qRT-PCR with comparison with conventional qRT-PCR for SARS-CoV-2 detection.




MATERIALS AND METHODS


Clinical Samples

A cohort of 60 clinical nasopharyngeal swab samples including 30 SARS-COV-2 negative and 30 SARS-CoV-2 positive sample were pre-collected and deidentified, which meets the requirement of the Institutional Review Board (IRB) Exemption 4. Those clinical nasopharyngeal swab samples were stored in virial transport media at −80°C until future use. The nasopharyngeal swab samples have been tested by a Clinical Laboratory Improvement Amendments (CLIA)-certified diagnostic laboratory with an FDA approved diagnostic kit at Penn State Health Milton S. Hershey Medical Center.



Ultrafast One-Step Quantitative Reverse Transcription–Polymerase Chain Reaction for Severe Acute Respiratory Syndrome Coronavirus Detection

The ultrafast one-step qRT-PCR was developed using primers and probes set targeting the N1 and N2 regions in the nucleocapsid (N) gene of SARS-CoV-2 and the human RNase P gene as previously published by “United States Center for Disease Control and Prevention” (CDC) (Table 1; Centers for Disease Control and Prevention [CDC], 2020). The primers and probes for N1, nucleocapsid N2, and RNase P (RP) were purchased from Integrated DNA Technologies (IDT) and diluted as recommended. Synthetic SARS-CoV-2 RNA (ATCC, VT-3276T) was used as SARS-Cov-2 RNA standards in all condition optimization of ultrafast one-step qRT-PCR assay for detection of SARS-Cov-2. The ultrafast one-step qRT-PCR was performed as follows: the one-step qRT-PCR master mix (100 μL) was prepared according to the components in Table 2. Then, in each sample, 2 μL of SARS-CoV-2 RNA standard or extracted RNA samples were added to 8 μL of ultrafast one-step qRT-PCR master mix. Then, 10 μL of reaction solution with RNA sample and qRT-PCR master mix was loaded into 96 hard-shell PCR plates (Bio-Rad Laboratories), and the PCR plate was loaded in CFX96 Real-Time PCR detection system (Bio-Rad Laboratories). Thermal cycling conditions included 1 min reverse transcription at 50°C, 1 min at 95°C for reverse transcription deactivation and initial activation of SpeedStar HS DNA polymerase, followed by 40 cycles of 1 s denaturing at 95°C and 1 s extension at 55°C. All samples with cycle threshold (Ct) value of both N1, N2, and RP ≤ 38 were considered as positive according to CDC guidelines.


TABLE 1. Primers and probes for N1, N2, and RNase P (RP) (Centers for Disease Control and Prevention [CDC], 2020).
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TABLE 2. Components of the ultrafast one-step qRT-PCR master mix.
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FDA Approved Diagnostic Kit “Xpert® Xpress SARS-CoV-2”

The Xpert Xpress SARS-CoV-2 test is an automated in vitro diagnostic test for qualitative detection of nucleic acid from SARS-CoV-2. The Xpert Xpress SARS-CoV-2 test was performed on GeneXpert Instrument Systems according to the protocol from the manufacturer (Loeffelholz Michael et al., 2020; Food Drug Administration [FDA], 2021).



RNA Extraction From Nasopharyngeal Swab Samples

Total RNA was isolated from the heat inactivated nasopharyngeal swab samples using Direct-zolTM RNA Microprep (R2060, Zymo Research) by following the manufacturer’s instruction. In brief, 300 μL of nasopharyngeal swab samples were lysed in 400 μL of Trizol. Then 700 μL of 100% ethanol was added, followed by column purification using Zymo-SpinTM Column. Direct-zolTM RNA PreWash and RNA Wash Buffer were added sequentially to wash the column. Finally, RNA was eluted in 12 μL of nuclease free water and stored in −80°C until future use.



Statistical Analysis

Continuous and categorical variables are expressed as means (SD) and number (%), respectively, analyzed with Prism 8.0.1 (GraphPad Software, La Jolla, CA). Clinical agreements were analyzed according to Clinical and Laboratory Standards Institute (CLSI) EP12-A2 as recommended in FDA Guidelines, performed with MedCalc® Statistical Software version 19.7.4 (MedCalc Software Ltd., Ostend, Belgium).




RESULTS AND DISCUSSION

Here, we described an ultrafast one-step qRT-PCR assay for the qualitative detection of SARS-CoV-2 that is fully compatible with conventional benchtop qPCR instruments. SARS-CoV-2 RNA was reverse transcribed for 1 min into cDNA and amplified with 40 PCR cycles of 1 s denaturing and 1 s extension step (Figure 1). This one-step qRT-qPCR assay can detect down to 25 copies of SARS-CoV-2 RNA in 10 μL reaction volume. The assay employs primers and probes developed by the United States Centers for Disease Control and Prevention (CDC) targeting N1 and N2 regions of nucleocapsid gene of SARS-CoV-2 with the internal control human RNase P gene (RP). The total ultrafast one-step qRT-PCR can be completed in 30 min on benchtop Bio-Rad CFX96 platform.

In developing the ultrafast one-step qRT-PCR assay, we reasoned that the enzymes in the qRT-PCR are key to significantly shortening the qRT-PCR and to keeping comparable sensitivity as conventional qRT-PCR for SARS-CoV-2 detection. We found that SpeedSTAR HS DNA Polymerase is optimized for PCR with extension time as fast as 10 s/kb. The amplicons of N1, N2, and RP are within the length of 100 bp. Therefore, we investigated whether the N1/N2 SARS-CoV-2 RNA could be detected with the fast PCR cycle setting of 2 s/cycle (it includes 1 s denaturing and 1 s extension step) on a conventional qPCR instrument by using SpeedSTAR HS DNA Polymerase (Giese et al., 2009). Using synthetic SARS-CoV-2 RNA from ATCC as the model, we found that 0.4 U of SpeedSTAR HS DNA Polymerase (in 10 μL of qRT-PCR reaction mixture) in the one-step qRT-qPCR assay can detect down to 25 copies of N1 and N2 of SARS-CoV-2 RNA (Figure 2). Furthermore, in RT step, we chose SuperScript IV Reverse Transcriptase because of its fast speed in cDNA synthesis (Martín-Alonso et al., 2021). We demonstrated that ultrafast one-step qRT-PCR can still detect down to 25 copies of N1 and N2 of SARS-CoV-2 RNA genome (Figure 2) by reducing the RT step from 10 min to 1 min with 20 U of SuperScript IV Reverse Transcriptase (in 10 μL of qRT-PCR reaction mixture). The limit of detection of the developed ultrafast one-step qRT-PCR is comparable to the other CDC qRT-PCR tests (Arnaout et al., 2020). During the optimization of this ultrafast one-step qRT-PCR assay, we investigated various time length of RT step (5, 2, and 1 min) and priming step (5, 2, 1, and 0 min). The result showed that there is no significant change in Ct values of N1 gene when RT step was reduced to only 1 min (Supplementary Figure 1). Furthermore, Ct values of the N1 gene decreased after removing the RT priming step (Supplementary Figure 2). Therefore, we used 1 min of RT step with any RT priming for the ultrafast one-step qRT-PCR assay. We also have investigated the various amounts of superscript IV reverse transcriptase (SSIV) in this assay. The result showed that there was no significant difference in Ct values between the SSIV concentration of 20, 50, and 80 U/10 μL reaction mixture. However, SSIV at 30 U/10 μL reaction mixture exhibited the lowest Ct for the N1 gene (Supplementary Figure 3). To lower the cost of this assay, we choose the SSIV at concentration of 20 U/10 μL in the formulation of the assay. We also have investigated the compatibility of this ultrafast one-step qRT-PCR assay with QuantStudio 7 Flex real-time PCR systems (Thermo Fisher Scientific, United States), which is also widely used in Clinical Laboratory Improvement Amendments (CLIA) certified laboratory. There were 104 RNA copies of synthetic SARS-CoV-2 used and tested with the same protocol as benchtop Bio-Rad CFX96 qPCR instrument. The result showed that all N1, N2, and RNase P (RP) genes have been detected with Ct of 20–22 (Supplementary Figure 4), which is consistent with the data from the Bio-Rad CFX96 qPCR instrument. However, the qRT-PCR assay running time was 38:47 min, which is a little bit longer than the Bio-Rad CFX96 qPCR instrument. We hypothesize that the time difference is due to the slower heating and cooling speed in the QuantStudio 7 instrument. We envision that boosting heating and cooling speed of the qPCR instrument will further shorten this ultrafast one-step qRT-PCR assay to even less than 10 min. The recipe of the ultrafast one-step qPCR-PCR master mix (Table 2) and running protocol of ultrafast one-step qPCR-PCR are detailed in the Methods section.
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FIGURE 2. Limit of detection of ultrafast one-step qRT-PCR assay. SARS-Cov-2 synthetic RNA genome was used as a model sample. RNA templates were series diluted in the range of 25–1 × 105 copies. Ultrafast one-step qRT-PCR assay detects both N1 (A) and N2 (B) regions of the nucleocapsid gene of SARS-CoV-2.


To evaluate the performance of the ultrafast one-step qRT-PCR in a clinical setting, we performed a blinded and randomized study with 30 SARS-CoV-2–positive and 30 SARS-CoV-2–negative nasopharyngeal swab samples obtained from patients. Ultrafast one-step qRT-PCR testing showed that SARS-CoV-2 positive samples exhibited N1, N2, and RNase P gene, and the cycle threshold (Ct) values of N1, N2, and RP are very close to those obtained with FDA approved diagnostics kit “Xpert® Xpress SARS-CoV-2” (Figure 3 and Table 3). In SARS-CoV-2 negative samples, N1 was not detected in all negative samples, Ct values of N2 in three negative samples were above 35, which still qualifies as SARS-CoV-2 negative samples according to the CDC guidelines (Table 4). Overall, the testing results showed that the ultrafast one-step qRT-PCR had a clinical sensitivity of 100% and a clinical specificity of 100% (Table 5). Furthermore, we found that the SARS-Cov-2 viral loads in clinical samples are 3, 2 × 103 – 3.0 × 104 and over 6.8 × 104 (Supplementary Table 1) with the standard curves for N1 (Figure 2A). The simplified format of ultrafast one-step qRT-PCR for detection of SARS-CoV-2 in nasopharyngeal swabs is suitable for use in clinical diagnostic laboratories. The limitation of this study includes that we have not explored other sample types. We will further validate ultrafast one-step qRT-PCR for SARS-CoV-2 detection in saliva samples without RNA extraction.
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FIGURE 3. Cycle threshold (Ct values) of N1 and N2 correlation of ultrafast one-step qRT-PCR with FDA-approved assay “Xpert® Xpress SARS-CoV-2” for SARS-CoV-2 positive samples. (A) Ct value of N1 and (B) Ct value of N2 from the 30 SARS-CoV-2 positive samples.



TABLE 3. Cycle threshold (Ct) value of SARS CoV-2 positive samples of ultrafast one-step qRT-PCR in comparison to an FDA approved test “Xpert® Xpress SARS-CoV-2”.
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TABLE 4. Cycle threshold (Ct) value of SARS CoV-2 negative samples of the ultrafast one-step qRT-PCR.
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TABLE 5. Positive and negative predictive values of ultrafast one-step qRT-PCR for SARS-CoV-2 detection in nasopharyngeal samples.
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CONCLUSION

In summary, we have developed an ultrafast one-step qRT-PCR assay for COVID-19 diagnosis, which had a significantly reduced running time of RT and PCR step compared to conventional qRT-PCR. We further demonstrated that the ultrafast one-step qRT-PCR exhibits a limit of detection for SARS-CoV-2 that is comparable to other CDC qRT-PCR assays. Importantly, this ultrafast one-step qRT-PCR has been validated to have a clinical sensitivity of 100% and a clinical specificity of 100% with a cohort of 60 SARS-CoV-2 nasopharyngeal swab samples. We hypothesize that the success of this assay is due to the characteristics of the SpeedSTAR HS DNA Polymerase, which synthesizes new DNA strands with a speed of 10 s/kb. We envision that the high speed and high fidelity of DNA polymerase will result in fast and accurate pathogen diagnosis assay.

Furthermore, this ultrafast protocol is faster than most of the current SARS-CoV-2 detection. However, due to the limit of heating and cooling speed of the current benchtop qPCR instrument, the ultrafast one-step qRT-PCR assay protocol still takes around 30 min. We envision that boosting the heating and cooling speed of qPCR instrument will further shorten this ultrafast one-step qRT-PCR assay to less than 10 min, which will be much faster than the AcculaTM System for SARS-CoV-2 test. Additionally, the throughput of the AcculaTM System for SARS-CoV-2 test is limited to 2 samples per run, which is significantly less than 96 and/or 384 samples per run in this ultrafast one-step qRT-PCR assay. Compared with RT-LAMP, this ultrafast one-step qRT-PCR assay achieved 100% clinical sensitivity and specificity, which is much better than that of RT-LAMP with reported specificity (98%) and sensitivity (87%) (Baba et al., 2021). As such, we believe this work would be of interest to the general healthcare audience, especially those in the field of virus detection.
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Harmful algal blooms caused by Karenia mikimotoi frequently occur worldwide and severely threaten the marine environment. In this study, the biochemical and physiological responses of K. mikimotoi to the algicidal bacterium Paracoccus homiensis O-4 were investigated, and the effects on the levels of reactive oxygen species (ROS), malondialdehyde content, multiple antioxidant systems and metabolites, photosynthetic pigments, and photosynthetic index were examined. The cell-free supernatant in strain O-4 significantly inhibited K. mikimotoi cell growth. The bacterium caused the K. mikimotoi cells to activate their antioxidant defenses to mitigate ROS, and this effect was accompanied by the upregulation of intracellular antioxidant enzymes and non-enzyme systems. However, the overproduction of ROS induced lipid peroxidation and oxidative damage within K. mikimotoi cells, ultimately leading to algal death. In addition, the photosynthetic efficiency of the algal cells was significantly inhibited by O-4 and was accompanied by a reduction in photosynthetic pigments. This study indicates that O-4 inhibits K. mikimotoi through excessive oxidative stress and impaired photosynthesis. This research into the biochemical and physiological responses of K. mikimotoi to algicidal bacteria provides insights into the prophylaxis and control of harmful algal blooms via interactions between harmful algae and algicidal bacteria.
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INTRODUCTION

Harmful algal blooms (HABs) are typically related to the discharge of nitrogen and phosphorus nutrients from industry and agriculture and cause considerable threats to fisheries and public health worldwide (Zhang et al., 2014; Berdalet et al., 2016). Karenia mikimotoi is a dominant dinoflagellate species in large-scale red tides that causes the mortality of benthic and pelagic organisms by secreting toxic substances (Mooney et al., 2010; Kurekin et al., 2014; O’Boyle et al., 2016; Aoki et al., 2017). Various approaches and techniques (including physical, chemical, and biological methods) have been developed to prevent and control HABs (Lee et al., 2013). Various organisms and their metabolites are potential suppressors of HABs, including algicidal bacteria (Wang et al., 2012), actinomycetes (Zhang et al., 2013), viruses (Cai et al., 2011), and macrophytes (Zhou et al., 2010).

Studies on the interactions between algae and bacteria have resulted in the isolation of algicidal bacteria primarily belonging to the Bacteroidetes, Firmicutes, and Proteobacteria. The representative algicidal bacteria in Bacteroidetes include Flavobacterium sp. (Zheng et al., 2018), Cytophaga, and Cellulophaga (Imai et al., 2006). Bacillus (Oh et al., 2011) is the representative algicidal bacteria in the Firmicutes. Halomonas (Fang et al., 2012), Vibrio (Iwata et al., 2003), Alteromonas (Iwata et al., 2003), Pseudoalteromonas (Imai et al., 2006), Thalassospira (Lu et al., 2016), Alteromonas sp., Marinobacter sp., Idiomarina sp., and Paracoccus sp. (Zheng et al., 2018) are the most reported algicidal bacteria in Proteobacteria. Flavobacteria sp. is widely found in a number of different environments and exhibits algicidal activity against Prorocentrum micans by a direct attack (Shi et al., 2012). Pseudoalteromonas haloplanktis AFMB-08041 could suppress the harmful dinoflagellate Prorocentrum minimum with an algicidal rate up to 94.5% (Kim et al., 2009). The Micrococcus luteus strain SY-13 can secrete an extracellular substance that causes cell lysis in the red tide dinoflagellate Cochlodinium polykrikoides (Kim et al., 2008). The genus Paracoccus sp. is used in the biodegradation of wastewater treatment and is under investigation for its ability to lyse Prorocentrum donghaiense (Zhang et al., 2018).

Algicidal bacteria can inhibit algal growth or lyse algae by attacking the cells directly or indirectly by secreting extracellular substances, including proteins, polypeptides, biosurfactants, amino acids, and antibiotics (Zhuang et al., 2018). The mechanisms involved in the algicide of HABs primarily involve four pathways: cell structure damage, alteration of enzymatic or non-enzymatic systems, inhibition of algal photosynthesis/respiration, and restriction of gene expression (Zhang et al., 2010; Pokrzywinski et al., 2017). To understand the mechanisms of the algicidal process, the physiological and biochemical responses in algal cells require investigation. Aquatic organisms, including algae, can boost their antioxidant defense systems to ease the degree of damage caused by harmful reactive oxygen species (ROS) and lipid peroxidation. Superoxide dismutase (SOD), catalase (CAT), peroxidase (POD), glutathione peroxidase (GPx), glutathione disulfide (GSSG), and macromolecular compounds (such as carotenoids and glutathione) form antioxidant defense systems to prevent damage from the external environment (Yang et al., 2011; Kirilovsky, 2015). Hu et al. (2015) reported that the Bacillus sp. Y1 and Y4 decreased photosynthetic pigment content, induced ROS production, and upregulated enzymatic antioxidant systems in HABs.

Previously, we isolated an algicidal bacterium, Paracoccus homiensis O-4, and investigated its algicidal activity against K. mikimotoi. In the present study, the physiological and biochemical responses of the alga to the algicidal substances from P. homiensis O-4 were further investigated particularly from the following aspects: (1) the algicidal mode of P. homiensis O-4 against K. mikimotoi; (2) the extent of oxidative damage and antioxidant systems activity of algal cells; and (3) the effects of strain O-4 on the algal photosystem in K. mikimotoi. Thus, the study objective was to elucidate the biochemical and physiological responses of the algal cells to the algicidal activity of the bacterium and guide the potential application of P. homiensis O-4 in controlling HABs dominated by K. mikimotoi.



MATERIALS AND METHODS


Karenia mikimotoi and Cultivation

Karenia mikimotoi was obtained from the Laboratory of Microalgae Research, Ocean University of China, Qingdao, China. The axenic algae were cultured at 25°C in sterile f/2 medium (Lananan et al., 2013) prepared with 0.45-μm filtered natural seawater, with a light intensity of approximately 80 μmol photons m–2 s–1 under a 12 h:12 h light:dark cycle. The axenic culture of K. mikimotoi was tested by culturing on the plates and microscopy method. Cell numbers were counted using a hemocytometer under a light microscope (CX21FS1; Olympus, Tokyo, Japan).



Algicidal Activity of Strain O-4 on Karenia mikimotoi

The strain P. homiensis O-4 was previously isolated from seawater (Zheng et al., 2018; Ding et al., 2021). The 16S rRNA gene sequence of the strain was deposited in GenBank (MG457257). Seawater was obtained from Luxun Park, Qingdao, China. The bacterial strain was cultured in 2216E agar medium (peptone 5 g, yeast extraction 1 g, ferric phosphorous acid 0.1 g, agar 10 g, pH 7.6–7.8, fixed capacity to 1 L using sterile seawater) at 25°C for 72 h. For the algicidal test, 1-, 3-, and 5-ml amounts of the bacterial solutions (with volume ratios of 1%, 3%, and 5%, respectively) were each inoculated into the 100-ml flask containing exponentially growing K. mikimotoi algal cultures. The algal cells were fixed with Lugol’s iodine. The algicidal activity was monitored by counting the cell numbers using a microscope. Algicidal activity by O-4 was calculated according to the following equation: algicidal activity (%) = (1–Tt/Ct) × 100%, where T and C are the concentrations of algal cells in the treatment and control groups, respectively, and t is the incubation time. All experiments were performed in triplicate.



Algicidal Mode of Strain O-4

To assess the mode of action in the algae inhibition of K. mikimotoi, the cell-free filtrate was used: the bacterial culture after 72-h cultivation was centrifuged at 15,000 × g for 10 min at 4°C and passed through a 0.22-μm membrane filter (Merck Millipore, Darmstadt, Germany). The remaining cell pellets in the bottle were washed twice with a sterile 2216E medium. The cells were resuspended in f/2 medium with the same concentration (3%), shaken, and then labeled as O-4 cells. The control group comprised an algae culture supplemented with a 3% sterile 2216E medium.



Measurement of Photosynthetic Pigments and Photosynthetic Index

The contents of chlorophyll a (Chl a) and carotenoid (Car) were analyzed after the 3 and 5% strain O-4 treatment. Algal cells were collected via centrifugation (5,000 rpm, 20 min) after 0, 4, 8, 12, 24, and 48 h of culture. Algal pigments were extracted using 85% acetone solution in the dark at 4°C for 24 h, followed by centrifugation (5,000 rpm, 10 min). The absorbance of the supernatant was measured at the wavelengths of 470, 645, and 663 nm (Gan and Lian, 2021). The absorbance of 85% acetone was used as the control. The formula of photosynthetic pigment is as follows:
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where Ca, Cb, and Cc represent the concentrations of chlorophyll a, chlorophyll b, and total carotenoid.

The maximum photochemical quantum yield of photosystem II is Fv/Fm, representing the maximum photosynthetic potential. The chlorophyll fluorescence parameters of the treated algae cells were measured using a water pulse amplitude modulation chlorophyll fluorescence analyzer (Walz, Germany). Algal cells were dark-adapted for 15 min before the experiment. The algal fluorescence was detected using a measuring light (0.01 μmol photons m–2 s–1) with a saturation pulse (0.8 s, 3,500 μmol photons m–2 s–1). The maximum photochemical quantum yield of the photosystem (Fv/Fm) was used to indicate the efficiency in light energy conversion during photosynthesis.



Measurement of Reactive Oxygen Species Content

The intracellular ROS level within K. mikimotoi was measured using a ROS detection kit (Biyuntian, Shanghai, China) with slight modifications. The methods were as follows: (1) after 4, 8, 12, 24, 36, and 48 h of culture, 40 ml of algal solution was centrifuged at 4°C, and the supernatant was immediately discarded to collect algal cells; (2) DCFH-DA probe dye was added, and the mixture was incubated at 37°C for 30 min; (3) the mixture was centrifuged (at 1,000 rpm, 5 min), and the algal cells were washed with PBS; (4) the mixture was centrifuged again to settle the solution, and the supernatant was discarded to obtain the algal cells; (5) after resuspending the cells using PBS, the fluorescence intensity was measured with an excitation wavelength of 488 nm and an emission wavelength of 525 nm using a flow cytometer (Novocyte 2040R, ACEA, United States).



Measurement of Malondialdehyde Content and Superoxide Dismutase, Catalase, Peroxidase, and Glutathione Peroxidase Activity

Bacterial filtrates of O-4 were inoculated in the exponential phase axenic K. mikimotoi cultures until the concentration of the bacterial solution reached 3 and 5%. An axenic 2216E medium of the same volume was added separately to act as a control. After co-culture for 0, 6, 12, 24, and 48 h, algal cells were collected using centrifugation (10,000 rpm, 20 min), followed by washing with PBS (50 mM, pH 7.4). The cell disruption was assessed using an ultrasonic cell disruption system (200 W, 5 s; 10 s, five times at less than below 4°C). The extracting solution was centrifuged for 15 min at 10,000 × g, and the supernatant was used in the cell membrane permeability analysis. Lipid peroxidation levels were measured by assessing the malondialdehyde level following the methods by Dogru et al. (2008).

The crude protease solution was also obtained as described previously (Ding et al., 2018). After co-culture for 0, 6, 12, 24, and 48 h, the algal cell suspension was centrifuged at 4°C for 20 min (10,000 rpm min–1). The supernatants were discharged, and the algal cells were collected. The algal cells were washed with PBS (0.05 mol L–1, pH 7.8) and transferred to a test tube. Under ice-bath conditions, the algal cells were crushed by ultrasound for 5 min (5 s, interval of 10 s, 200 W). An amount of 1.5 ml of supernatant was absorbed into the Eppendorf tube and centrifuged again at 4°C for 15 min. The supernatants obtained after centrifugation comprised the crude protease solution to be measured. The SOD, CAT, and POD activities in the algal cells were measured following the manufacturer’s instructions (Jiancheng, Nanjing, China). Glutathione peroxidase was measured using a GPx assay kit (Biyuntian, Shanghai, China).



Measurement of Glutathione, Glutathione Disulfide, Ascorbic Acid, and Dehydroascorbic Acid

Glutathione (GSH) was determined following the instructions in a GSH assay kit (Jiancheng, Nanjing, China). Glutathione oxidized (GSSG) was measured using a GSSG assay kit (Solarbio, Beijing, China). Ascorbic acid (AsA) and dehydroascorbic acid (DHA) were determined via the method described in Ding et al. (2018) as follows. Supernatants of 200 μl were prepared (as described above), then 200 μl of dithiothreitol (5 mmol L–1) and 500 μl of potassium phosphate of buffer solution (100 mmol L–1, pH 7.4) were added to the test tube, and the mixture was incubated at 25°C for 10 min. Then, 100 μl of N-ethylmaleimide, 400 μl of trichloroacetic acid (0.61 mol L–1), 400 μl of phosphoric acid (0.8 mol L–1), 400 μl of 2,2’-bipyridine (0.5 mol L–1), and 200 μl of ferric chloride (3 mol L–1) were added to the mixture. They were set in the water bath and incubated at 55°C for 10 min. The absorbance of each tube was measured at a wavelength of 525 nm. The total ascorbic acid content could then be calculated. In the above process, the dithiothreitol and N-ethylmaleimide were not added, and alternatively, the double steaming water and the reduced ascorbic acid content could be measured. The DHA content was the difference between total AsA and AsA content.



Data Analysis

The data were presented as means, and their standard errors were analyzed using SPSS 20.0 (SPSS Inc., Chicago, IL, United States).




RESULTS


Algicidal Activity and Mode of Strain O-4

The effects of O-4 on the growth of K. mikimotoi are presented in Figure 1. The results indicate that the algicidal activity by strain O-4 against K. mikimotoi cells was concentration-dependent. When compared to the control group, the addition of 1% O-4 exhibited no algicidal activity (p > 0.05), and within 120 h, the growth of K. mikimotoi slightly increased. In the treatment groups receiving 3 and 5% O-4 bacterial culture, there was significant growth inhibition (p < 0.05). The 3% O-4 caused 83% of the cells to be lysed after the treatment duration of 48 h. In the 3% O-4 treatments, 94% of the cells were lysed after 120 h. The 5% bacterial concentration of O-4 exhibited the strongest algicidal activity, leaving no visible intact algal cells after 120 h. The results suggest that the algicidal effects are enhanced with an increased bacterial concentration and treatment duration. Due to the strong algicidal activity in the 3 and 5% O-4 bacterial cultures, they were used in the subsequent stages of our evolving research program.
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FIGURE 1. Algicidal activity levels using different doses of Paracoccus homiensis O-4 against Karenia mikimotoi. Error bars represent the standard deviation of the triplicates.


The bacterial cells and cell-free filtrate were separated and inoculated into K. mikimotoi cultures to explore the action of the algicidal mode of O-4. The results are provided in Figure 2. The additional bacterial cells did not significantly inhibit the growth of K. mikimotoi. However, both the cell-free filtrate and bacterial culture caused a significant inhibitory effect on K. mikimotoi (p < 0.05). The cell-free filtrate of O-4 reduced the algal cell density, and the algicidal activity against K. mikimotoi was 88.6% after 60 h. These results imply that the algicidal activity by O-4 is indirect.
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FIGURE 2. Algicidal activities against Karenia mikimotoi by Paracoccus homiensis O-4 treatment groups (bacterial culture, cell-free filtrate, and bacterial cells). Error bars represent the standard deviation of the triplicates.




Effects of Strain O-4 on the Algal Photosystem in Karenia mikimotoi

To investigate the stress caused by O-4 on the algae, we determined the Chl a, carotenoid content, and maximum quantum yield of photosystem (PS) II [variable fluorescence (Fv)/maximum fluorescence (Fm)]. Figures 3A,B demonstrate that the pigment contents of the algal cells treated with O-4 were significantly lower than that in the control group after 48 h (p < 0.01). After 12 h, the contents of both Chl a and carotenoids in the 3% O-4 treatment groups decreased to 32% (Chl a) and 57% (carotenoids), respectively, compared to the control. After 48 h, the pigment content was reduced by approximately 86% (Chl a) and 60% (carotenoid) compared to the control. Moreover, after 48 h, the reduction in Chl a and carotenoid contents in the 5% O-4 treatment groups was approximately 90% (Chl a) and 91% (carotenoids) with respect to the control. These results indicate that O-4 is capable of damaging pigments in algal cells.
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FIGURE 3. Effects of different doses of Paracoccus homiensis O-4 on the Chl a (A) and carotenoid contents (B) in K. mikimotoi. Error bars represent the standard deviation of the triplicates.


The Fv/Fm ratio was evaluated to determine the photosynthetic status of the algal cells after the 3 and 5% O-4 treatments (Figure 4). The Fv/Fm values decreased significantly relative to untreated cells after 12 h (p < 0.05). As the treatment duration progressed, the Fv/Fm values continued to decrease. At 48 h, when compared to the Fv/Fm values of the control group, the 3% treatment group was 3.1-fold lower (p < 0.05), and the 5% treatment group was 6.2-fold lower (p < 0.01. These results demonstrate that the photosynthetic capacity was inhibited in the treated cells (Figure 4).
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FIGURE 4. Effects of photosynthetic efficiency (Fv/Fm) within Karenia mikimotoi treated with varying doses of Paracoccus homiensis O-4. Error bars represent the standard deviation of the triplicates.




Reactive Oxygen Species Levels and Lipid Peroxidation of Karenia mikimotoi Under Algicidal Activity

An ROS level analysis explored the oxidative stress caused by O-4 in K. mikimotoi cells. Figure 5 shows a slight increase in DCF fluorescence intensity in the control group. Conversely, the DCF fluorescence intensity was significantly increased in algal cells treated with O-4 (p < 0.05, Figure 5). The ROS levels were significantly increased after 8 h of exposure in both treatment groups containing O-4, with ROS levels 3.8-fold (3% O-4) and 4.8-fold (5% O-4) higher than the control group. However, the ROS levels in both treatment groups began decreasing after 12 h of exposure, and at 48 h, the ROS content of algal cells in both treatment groups was maintained at a low level compared to the control.
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FIGURE 5. Effects of ROS levels within Karenia mikimotoi after exposure to different doses of Paracoccus homiensis O-4. Error bars represent the standard deviation of the triplicates.


Figure 6 illustrates the effects of O-4 on lipid peroxidation in the algal cells. Algae cells exposed to O-4 exhibited a pronounced increase in MDA content. The MDA levels in all the treated groups were higher than those in the controls (p < 0.05), and MDA content increased with exposure duration and increased concentrations of O-4. At 48 h, the MDA levels were 2.4 (3% O-4 group) and 3.5 (5% O-4 group) times higher than the control group.
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FIGURE 6. Effects of MDA contents in Karenia mikimotoi after exposure to different volumes of Paracoccus homiensis O-4. Error bars represent the standard deviation of the triplicates.




Responses of Antioxidative Enzymes to Strain O-4 Treatment

We investigated the physiological defense responses induced by exposure to the algicidal O-4 by determining the representative enzymatic activities within cells, including SOD, CAT, POD, and GPx (Figures 7A–D). Figure 7A demonstrates that SOD activity increased as the exposure duration increased relative to the control in all treatment groups (p < 0.05). The SOD activity initially decreased slightly until 48 h of exposure in the 5% group. The CAT values were significantly higher in the 3% O-4 treatment groups when compared to the control (Figure 7B); the values were 1.2-fold higher after 12 h, 1.78-fold after 24 h, and 6.36-fold after 48 h (p < 0.05). The CAT values were significantly higher in the 5% O-4 treatment groups when compared to the control; the values were 1.51-fold higher (p < 0.05) after 12 h, 4.82-fold (p < 0.05) after 24 h, and 17.0-fold after 48 h (p < 0.01). The POD values of 3% O-4 treatment group were slightly lower than the control groups after 6-h and 12-h exposure but increased significantly with exposure duration and additional ratios (Figure 7C), reaching a peak at 48 h (p < 0.05). The GPx activity had similar results to the POD activity (Figure 7D). When algal cells were exposed to 3 and 5% O-4 bacterial cultures for 48 h, the activity values were 2.79 and 3.67 times higher than the control, respectively (p < 0.05).
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FIGURE 7. Effects of enzymic antioxidants including SOD (A), CAT (B), POD (C), and GPx (D) activities in Karenia mikimotoi after exposure to varying levels of Paracoccus homiensis O-4.




Responses of Antioxidative Non-enzymes to Strain O-4 Treatment

Antioxidant non-enzymatic activities (including GSH, GSSG, AsA, and DHA) were assayed to analyze the algal cell protective responses against O-4 (Figures 8A–D). Figure 8A shows that GSH was stimulated by O-4 (p < 0.05). The only exception was the 3% treatment group after 12 h. The GSH content in the treatment groups compared to the control groups increased from 498 to 634 μmol L–1 (3%) and 511 to 909 μmol L–1 (5%) within 48 h. The GSSG contents of the algae in both treatment groups increased significantly with increasing O-4 concentrations and treatment duration and remained higher than the control group over 48 h (p < 0.05, Figure 8B). The AsA levels in K. mikimotoi cells were similar to the GSSG results (Figure 8C). At 48 h, the AsA levels were 1.5-fold (3% O-4) and 1.66-fold (5% O-4) higher than the control group. Figure 8D graphically demonstrates the effects of the strain O-4 on DHA in K. mikimotoi cells. After 12 h, the 3% O-4 group exhibited a stimulatory effect on DHA. Within 48 h, there was a significant inhibitory effect on the DHA in the 5% O-4 treatment group (p < 0.05).
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FIGURE 8. Effects of non-enzymic antioxidants including GSH (A), GSSG (B), AsA (C), and DHA (D) activities in Karenia mikimotoi after exposure to Paracoccus homiensis O-4 at different doses.





DISCUSSION

Over the past decades, HABs have frequently occurred in eutrophic coastal areas of Europe and China, and K. mikimotoi is a dominant HAB species (Qian et al., 2009; Kurekin et al., 2014). Some marine bacteria can promote or reduce algal blooms (Teeling et al., 2012). Algicidal bacteria can act as potential biological controllers in the degradation and termination of HAB species (Schoemann et al., 2005). In this study, we evaluated the algicidal activity and inhibitory mechanisms of the P. homiensis strain O-4 against the harmful K. mikimotoi. The algicidal activity of O-4 was time- and concentration-dependent, using 3 and 5% ratios of bacterial culture in approximately 90 and 95% algal lysis over 96 h, respectively. The density of algal cells in high concentrations of the bacterial culture (3 and 5%) decreased significantly compared to the control and 1% concentration groups, which suggested that strain O-4 had an effective algicidal activity on K. mikimotoi, and the higher concentrations were even more efficient. Thus, the results suggest that this strain is a viable algal-lysing agent for regulating K. mikimotoi. A similar study revealed a marine algicidal bacterium Mangrovimonas yunxiaonensis strain LY01 caused 87% inhibition of toxic Alexandrium tamarense after 60 h of exposure (Li et al., 2014).

We explored the biochemical and physiological responses of K. mikimotoi induced by the algicidal bacterium P. homiensis O-4. A direct attack requires direct contact between the bacteria and algal cells, whereas an indirect attack occurs when algicidal bacteria produce algicidal substances to inhibit algal cells and does not require cell-to-cell contact. The addition of cell-free filtrate and bacterial culture showed algicidal activity. Conversely, the washed bacterial cells exhibited no significant algicidal effect on K. mikimotoi. Therefore, the O-4 algicidal mode was indirect, as the algicidal activity was likely to be expressed through the excretion of extracellular algicidal substances. Our results were consistent with a previous study that found that the algicidal bacteria Hahella sp. KA22 can lyse the toxic dinoflagellate Heterosigma akashiwo by producing the extracellular compound prodigiosin (Zhang et al., 2020).

Direct and indirect external stress can induce algal cells to trigger excessive ROS levels, which cause severe oxidative damage or cellular death (Apel and Hirt, 2004). ROS, including O–2, O2, HO2, H2O2, RO, OH, ROO, and ROOH, are relatively reactive in live cells and are continuously generated as the by-products of diverse metabolic pathways in various cellular organelles, such as the mitochondria, chloroplasts, and peroxisomes. Consequently, the proteins, DNA, lipids, and carbohydrates of cells are damaged by excessive ROS, eventually leading to cell death (Gill and Tuteja, 2010). In the present study, O-4 caused an ROS explosion in K. mikimotoi cells compared to the controls within a short exposure (8 h in all treatment groups).

These results imply that the stress caused by O-4 induced algal cells to produce excess ROS, ultimately causing cell death. The ROS caused oxidative damage to K. mikimotoi cells, as evidenced by the upregulation of the MDA content within cells upon exposure to O-4. Malondialdehyde is considered an indicator of lipid peroxidation and is a major peroxidation product that reflects the degree of cellular oxidative damage (Yamauchi et al., 2008). Cell membranes consist of primarily unsaturated phospholipids and are sensitive to oxidative attack; therefore, additional ROS results in excess accumulation of MDA (Qian et al., 2008). The increase in MDA levels within algal cells after exposure to O-4 indicated that the O-4 induced membrane lipid peroxidation and caused oxidative damage to the cell membrane systems of K. mikimotoi. This phenomenon has previously been observed, resulting in the MDA content being upregulated after a short exposure to an allelochemical (Qian et al., 2009).

To protect living cells from oxidative damage and environmental stress, important enzymatic antioxidants are engaged, including superoxide dismutase (SOD), catalase (CAT), peroxidase (POD), and glutathione peroxidase. Superoxide dismutase and POD can catalyze the dismutation of O–2 to H2O2 and O2, and degradation converts them into H2O and O2 under the promotion of CAT and GPx, easing the impact of oxidative stress and initiating cell repair (Valentine et al., 1998; Kwok et al., 2012). Additionally, to reduce oxidative stress induced by algicidal compounds, a series of non-enzymatic antioxidants (including AsA, GSH, and GSSG) is also activated to scavenge the excess intracellular ROS. The O–2 and H2O2 can also be removed by AsA to reduce the damage from lipid peroxidation (Deutsch, 1998). As antioxidants, GSH and GSSG play many important roles in modulating the redox environment of the membrane and cell-wall-related proteins and maintain the sulfur status to protect cells from various stresses (Aziz et al., 1996). Our results suggest that antioxidant enzymes and non-enzyme systems were initiated at varying levels after exposure to O-4. The algicidal compounds generated by O-4 were toxic to the K. mikimotoi cells and caused them to produce excessive ROS. The antioxidant systems may be responsible for the algicidal activity in O-4 by strengthening the activities of both antioxidant enzymes and non-enzyme systems. However, high doses of O-4 were fatal to K. mikimotoi cells because the high ROS levels surpassed the capacity of the cells to defend themselves, ultimately causing cell death. Our results showed that a significant inhibitory effect on DHA occurred when the cells were treated with O-4. Dehydroascorbic acid acts as an important oxidoreductase during metabolic processes, and is relatively sensitive to environmental stress and noxious substances (Zhang et al., 2016). In this study, the algal cell viability was closely associated with DHA. The downregulation of DHA levels, when exposed to O-4, demonstrated that the regular metabolism in K. mikimotoi cells was disrupted and crucial enzyme activity was suppressed.

K. mikimotoi is a dominant species in marine photoautotrophic phytoplankton, and photosynthesis in algal cells plays a key role in global primary production. The PSII system acts as a major pigment–protein complex that can catalyze photosynthesis and is sensitive to adverse environmental conditions (Nymark et al., 2009). Photosynthetic pigments primarily include Chl a and carotenoids in the thylakoid membrane, which harvest light and energy for conversion in the photosynthetic process. The significant declines in Chl a and carotenoid contents after exposure to O-4 may be caused by their impacts on electron flow and the regular operation of the PSII system. Another photosynthesis index, Fv/Fm, represents the maximum efficiency of PSII. However, external environmental factors, including light intensity, temperature, and biotic stress, typically decrease the Fv/Fm values (Kumar et al., 2014). The inhibition of Fv/Fm values after treatment with O-4 suggests that the photosynthetic efficiency was seriously impeded and that dysfunction occurred in the PSII system. Overall, the reductions in pigment content and Fv/Fm values, and the transferring of excitation energy to ROS as singlet oxygen, eventually caused a decline in the interference capacity of ROS generation.

In conclusion, the algicidal bacterium P. homiensis O-4 exerted an efficient inhibitory effect on K. mikimotoi cells. O-4 caused the algae to produce excessive ROS, and the antioxidant enzyme systems increased. The antioxidant non-enzymic substances played a synergistic role in reducing the damage caused by ROS. Meanwhile, membrane lipid oxidation increased, and cell membrane integrity was lost. Photosynthetic systems, including photosynthetic pigments and photosynthetic efficiency, were seriously damaged. Superfluous ROS overloaded the antioxidant defense systems, and damage to critical systems and functions ultimately caused algal cell death.



DATA AVAILABILITY STATEMENT

Publicly available datasets were analyzed in this study. This data can be found here: GenBank (MG457257).



AUTHOR CONTRIBUTIONS

PG and RW conceived and proposed the idea. ND, YW, JC, SM, FL, CW, and LH carried out the experiments and conducted data analysis. ND and PG drafted the manuscript. All authors have read and approved the final manuscript.



FUNDING

This work was supported by the Shandong Provincial Agricultural Fine Species Project (2019LZGC020), the National Natural Science Foundation of China (31971503 and 31901188), the Shandong Jining Key Research and Development Project (2019ZDGH019), the Shandong Provincial Natural Science Foundation (ZR2020QC048 and ZR2019BB040), and the Postdoctoral Science Foundation of China (2021M691850).



ACKNOWLEDGMENTS

We would like to thank Editage (www.editage.cn) for English language editing.



REFERENCES

Aoki, K., Kameda, T., Yamatogi, T., Ishida, N., Hirae, S., Kawaguchi, M., et al. (2017). Spatio-temporal variations in bloom of the redtide dinoflagellate Karenia mikimotoi in Imari Bay, Japan, in 2014: factors controlling horizontal and vertical distribution. Mar. Pollut. Bull. 43, 1–10. doi: 10.1016/j.marpolbul.2017.07.019

Apel, K., and Hirt, H. (2004). Reactive oxygen species: metabolism, oxidative stress, and signal transduction. Annu. Rev. Plant Biol. 55, 373–399. doi: 10.1146/annurev.arplant.55.031903.141701

Aziz, J., Roberto, T., Enrico, M., and Serge, D. (1996). Characterization of glutathione uptake in broad bean leaf protoplasts. Plant Physiol. 111, 1145–1152. doi: 10.1104/pp.111.4.1145

Berdalet, E., Fleming, L. E., Gowen, R., Davidson, K., Hess, P., Backer, L. C., et al. (2016). Marine harmful algal blooms, human health and wellbeing: challenges and opportunities in the 21st century. J. Mar. Biol. Assoc. U. K. 96, 61–91. doi: 10.1017/S0025315415001733

Cai, W. W., Wang, H., Tian, Y., Chen, F., and Zheng, T. L. (2011). Bacteriophage influences algal bloom decline by modulating algicidal bacteria population dynamics. Appl. Environ. Microbiol. 77, 7837–7840.

Deutsch, J. C. (1998). Ascorbic acid oxidation by hydrogen peroxide. Anal. Biochem. 255, 1–7. doi: 10.1006/abio.1997.2293

Ding, N., Du, W. J., Feng, Y. L., Song, Y. H., Wang, C., Li, C., et al. (2021). Algicidal activity of a novel indigenous bacterial strain of Paracoccus homiensis against the harmful algal bloom species, Karenia mikimotoi. Arch. Microbiol. 203, 4821–4828. doi: 10.1007/S00203-021-02468-3

Ding, N., Wang, R. J., Gao, P. K., Chen, J. L., Han, M. A. X., Wang, J. G., et al. (2018). Allelopathic effects of linolenic acid secreted by macroalgae on Prorocentrum donghaiense. China J. Ecol. 37, 1410–1416. doi: 10.13292/j.1000-4890.201805.003

Dogru, M. I., Dogru, A. K., Gul, M., Esrefoglu, M., Yurekli, M., Erdogan, S., et al. (2008). The effect of adrenomedullin on rats exposed to lead. J. Appl. Toxicol. 28, 140–146. doi: 10.1002/jat.1259

Fang, J. I., Zhu, Y., Hao, R., Cheng, H. C., and Dong, R. J. (2012). Isolation, identification and characterization of algicidal bacteria against Spirulina platensis. Sci. Technol. Food Ind. 33, 221–320. doi: 10.13386/j.issn1002-0306.2012.12.010

Gan, Y. H., and Lian, J. J. (2021). Effect of various extracts on extracting of chlorophyll from Anoectochilus roxburghii. Chin. J. Trop. Agric. 41, 86–91. doi: 10.12008/j.issn.1009-2196.2021.03.014

Gill, S. S., and Tuteja, N. (2010). Reactive oxygen species and antioxidant machinery in abiotic stress tolerance in crop plants. Plant Physiol. Biochem. 48, 909–930. doi: 10.1016/j.plaphy.2010.08.016

Hu, X. L., Yin, P. H., Zhao, L., and Yu, Q. M. (2015). Characterization of cell viability in Phaeocystis globosa cultures exposed to marine algicidal bacteria. Biotechnol. Bioprocess Eng. 20, 58–66. doi: 10.1007/s12257-014-0437-2

Imai, I., Fujimaru, D., Nishigaki, T., Kurosaki, M., and Sugita, H. (2006). Algicidal bacteria isolated from the surface of seaweeds from the coast of Osaka Bay in the Seto Inland Sea, Japan. Afr. J. Mar. Sci. 28, 319–323. doi: 10.2989/18142320609504170

Iwata, Y., Sugahara, I., Kimura, T., Khohashi, K., Noritake, K., and Kowa, H. (2003). Algicidal activity of a Karenia mikimotoi-killing bacterium isolated from Gokasho Bay, Japan. Jpn. Soc. Aquacult. Sci. 51, 451–458. doi: 10.11233/aquaculturesci1953.51.451

Kim, J. D., Kim, J. Y., Park, J. K., and Lee, C. G. (2009). Selective control of the Prorocentrum minimum harmful algal blooms by a novel algal-lytic bacterium Pseudoalteromonas haloplanktis AFMB-008041. Mar. Biotechnol. 11, 463–472. doi: 10.1007/s10126-008-9167-9

Kim, M., Jeong, S., and Lee, S. (2008). Isolation, identification, and algicidal activity of marine bacteria against Cochlodinium polykrikoides. J. Appl. Phycol. 20, 1069–1078.

Kirilovsky, D. (2015). Photosynthesis: dissipating energy by carotenoids. Nat. Chem. Biol. 11, 242–243. doi: 10.1038/nchembio.1771

Kumar, K. S., Dahms, H. U., Lee, J. S., Kim, H. C., Lee, W. C., and Shin, K. H. (2014). Algal photosynthetic responses to toxic metals and herbicides assessed, by chlorophyll a fluorescence. Ecotoxicol. Environ. Safe 104, 51–71. doi: 10.1016/j.ecoenv.2014.01.042

Kurekin, A. A., Miller, P. I., and Vander, W. H. J. (2014). Satellite discrimination of Karenia mikimotoi and Phaeocystis harmful algal blooms in European coastal waters: merged classification of ocean colour data. Harmful Algae 31, 163–176. doi: 10.1016/j.hal.2013.11.003

Kwok, C. T., Merwe, J. P., Chiu, J. M. Y., and Wu, R. S. S. (2012). Antioxidant responses and lipid peroxidation in gills and hepatopancreas of the mussel Perna viridis upon exposure to the red-tide organism Chattonella marina and hydrogen peroxide. Harmful Algae 13, 40–46. doi: 10.1016/j.hal.2011.10.001

Lananan, F., Jusoh, A., Ali, N., Lam, S. S., and Endut, A. (2013). Effect of Conway medium and f/2 medium on the growth of six genera of South China Sea marine microalgae. Bioresour. Technol. 141, 75–82.

Lee, Y. C., Jin, E., Jung, S. W., Kim, Y. M., Chang, K. S., Yang, J. W., et al. (2013). Utilizing the algicidal activity of aminoclay as a practical treatment for toxic red tides. Sci. Rep. 3:1292. doi: 10.1038/srep01292

Li, Y., Zhu, H., Guan, C., Zhang, H., Guo, J., Chen, Z., et al. (2014). Towards molecular, physiological, and biochemical understanding of photosynthetic inhibition and oxidative stress in the toxic Alexandrium tamarense induced by a marine bacterium. Appl. Microbiol. Biotechnol. 98, 4637–4652. doi: 10.1007/s00253-014-5578-x

Lu, X., Zhou, B., Xu, L., Liu, L., Wang, G., Liu, X., et al. (2016). A marine algicidal Thalassospira and its active substance against the harmful algal bloom species Karenia mikimotoi. Appl. Microbiol. Biotechnol. 100, 5131–5139. doi: 10.1007/s00253-016-7352-8

Mooney, B. D., Hallegraeff, G. M., and Place, A. R. (2010). Ichthyotoxicity of four species of gymnodinioid dinoflagellates (Kareniaceae, Dinophyta) and purified karlotoxins to larval sheepshead minnow. Harmful Algae 9, 557–562. doi: 10.1016/j.hal.2010.04.005

Nymark, M., Valle, K. C., Brembu, T., Hancke, K., Winge, P., Andresen, K., et al. (2009). An integrated analysis of molecular acclimation to high light in the marine diatom Phaeodactylum tricornutum. PLoS One 4:e7743. doi: 10.1371/journal.pone.0007743

O’Boyle, S., Mcdermott, G., Silke, J., and Cusack, C. (2016). Potential impact of an exceptional bloom of Karenia mikimotoi on dissolved oxygen levels in waters off western Ireland. Harmful Algae 53, 77–85. doi: 10.1016/j.hal.2015.11.014

Oh, J. I., Kim, M. J., Lee, J. Y., Ko, I. J., Kim, W., and Si, W. K. (2011). Isolation and characterization of algicidal bacteria from Cochlodinium polykrikoides culture. Biotechnol. Bioprocess Eng. 16, 1124–1133. doi: 10.1007/s12257-011-0232-2

Pokrzywinski, K. L., Tilney, C. L., Warner, M. E., and Coyne, K. J. (2017). Cell cycle arrest and biochemical changes accompanying cell death in harmful dinoflagellates following exposure to bacterial algicide IRI-160AA. Sci. Rep. 7:45102. doi: 10.1038/srep45102

Qian, H. F., Chen, W., Sheng, G. D., Xu, X. Y., Liu, W. P., and Fu, Z. W. (2008). Effects of glufosinate on antioxidant enzymes, subcellular structure, and gene expression in the unicellular green alga Chlorella vulgaris. Aquat. Toxicol. 88, 301–307. doi: 10.1016/j.aquatox.2008.05.009

Qian, H., Xu, X., Chen, W., Jiang, H., Jin, Y., Liu, W., et al. (2009). Allelochemical stress causes oxidative damage and inhibition of photosynthesis in Chlorella vulgaris. Chemosphere 75, 368–375. doi: 10.1016/j.chemosphere.2008.12.040

Schoemann, V., Becquevort, S., Stefels, J., Rousseau, W., and Lancelot, C. (2005). Phaeocystis blooms in the global ocean and their controlling mechanisms: a review. J. Sea Res. 53, 43–66. doi: 10.1016/j.seares.2004.01.008

Shi, R., Huang, H., Zhanhui, Q. I., Weian, H. U., and Tian, Z. (2012). Algicidal activity against Prorocentrum micans by a marine bacterium isolated from a HABs area, South China. Acta Ecol. Sin. 32, 4993–5001.

Teeling, H., Fuchs, B. M., Becher, K., Klockow, C., Gardebrecht, A., and Bennke, C. M. (2012). Substrate-controller succession of marine bacterioplankton populations induced by a phytoplankton bloom. Science 336, 608–611. doi: 10.1126/science.1218344

Valentine, J. S., Wertz, D. L., Lyons, T. J., Liou, L. L., Goto, J. J., and Gralla, E. B. (1998). The dark side of dioxygen biochemistry. Curr. Opin. Chem. Biol. 2, 253–262. doi: 10.1016/S1367-5931(98)80067-7

Wang, B. X., Yang, X. R., Zhou, Y. Y., Lv, J. L., Su, J. Q., Tian, Y., et al. (2012). An algicidal protein produced by bacterium isolated from the Donghai Sea, China. Harmful Algae 13:83.

Yamauchi, Y., Furutera, A., Seki, K., Toyoda, Y., Tanaka, K., and Sugimoto, Y. (2008). Malondialdehyde generated from peroxidized linolenic acid causes protein modification in heat-stressed plants. Plant Physiol. Biochem. 46, 786–793. doi: 10.1016/j.plaphy.2008.04.018

Yang, C. Y., Liu, S. J., Zhou, S. W., Wu, H. F., Yu, J. B., and Xia, C. H. (2011). Allelochemical ethyl 2-methyl acetoacetate (EMA) induces oxidative damage and antioxidant responses in Phaeodactylum tricornutum. Pestic. Biochem. Phys. 100, 93–103. doi: 10.1016/j.pestbp.2011.02.014

Zhang, B., Cai, G., Wang, H., Li, D., Yang, X., An, X., et al. (2014). Streptomyces alboflavus RPS and its novel and high algicidal activity against harmful algal bloom species Phaeocystis globosa. PLoS One 9:e92907. doi: 10.1371/journal.pone.0092907

Zhang, F. X., Ye, Q., Chen, Q. L., Yang, K., Zhang, D. Y., Chen, Z., et al. (2018). Algicidal activity of novel marine bacterium Paracoccus sp. strain Y42 against a harmful algal-bloom-causing dinoflagellate, Prorocentrum donghaiense. Appl. Environ. Microb. 84, e1015–e1018. doi: 10.1128/AEM.01015-18

Zhang, H. J., An, X. L., Zhou, Y. Y., Zhang, B. Z., Li, D., Chen, Z. R., et al. (2013). Effect of oxidative stress induced by Brevibacterium sp. BS01 on a HAB causing species-Alexandrium tamarense. PLoS One 5:e63018. doi: 10.1371/journal.pone.0063018

Zhang, S., Zheng, W., and Wang, H. (2020). Physiological response and morphological changes of Heterosigma akashiwo to an algicidal compound prodigiosin. J. Hazard. Mater. 385:121530. doi: 10.1016/j.jhazmat.2019.121530

Zhang, T. T., Zheng, C. Y., Hu, W., Xu, W. W., and Wang, H. F. (2010). The allelopathy and allelopathic mechanism of phenolic acids on toxic Microcystis aeruginosa. J. Appl. Phycol. 22, 71–77. doi: 10.1007/s10811-009-9429-6

Zhang, X., Song, T., Ma, H., and Li, L. (2016). Physiological response of Microcystis aeruginosa to the extracellular substances from an Aeromonas sp. RSC Adv. 6, 103662–103667. doi: 10.1039/c6ra17917g

Zheng, N. N., Ding, N., Gao, P. K., Han, M. A. X., Liu, X. X., Wang, J. G., et al. (2018). Diverse algicidal bacteria associated with harmful bloom-forming Karenia mikimotoi in estuarine soil and seawater. Sci. Tol. Environ. 631–632, 1415–1420. doi: 10.1016/j.scitotenv.2018.03.035

Zhou, L. H., Chen, X. H., and Zheng, T. L. (2010). Study on the ecological safety of algacides: a comprehensive strategy for their screening. J. Appl. Phycol. 22, 803–811. doi: 10.1007/s10811-010-9522-x

Zhuang, L., Zhao, L., and Yin, P. (2018). Combined algicidal effect of urocanic acid, N-acetylhistamine and l-histidine to harmful alga Phaeocystis globosa. RSC Adv. 8, 12760–12766. doi: 10.1039/c8ra00749g


Conflict of Interest: The authors declare that the research was conducted in the absence of any commercial or financial relationships that could be construed as a potential conflict of interest.

Publisher’s Note: All claims expressed in this article are solely those of the authors and do not necessarily represent those of their affiliated organizations, or those of the publisher, the editors and the reviewers. Any product that may be evaluated in this article, or claim that may be made by its manufacturer, is not guaranteed or endorsed by the publisher.

Copyright © 2021 Ding, Wang, Chen, Man, Lan, Wang, Hu, Gao and Wang. This is an open-access article distributed under the terms of the Creative Commons Attribution License (CC BY). The use, distribution or reproduction in other forums is permitted, provided the original author(s) and the copyright owner(s) are credited and that the original publication in this journal is cited, in accordance with accepted academic practice. No use, distribution or reproduction is permitted which does not comply with these terms.











	 
	ORIGINAL RESEARCH
published: 02 December 2021
doi: 10.3389/fmicb.2021.791227





[image: image]

One-Step and Colorimetric Detection of Fish Freshness Indicator Hypoxanthine Based on the Peroxidase Activity of Xanthine Oxidase Grade I Ammonium Sulfate Suspension

Chen Guo1, Shuhan You1, Changmei Li1, Tiantian Chen2* and Xiudan Wang1*

1Shandong Provincial Key Laboratory of Biochemical Engineering, College of Marine Science and Biological Engineering, Qingdao University of Science and Technology, Qingdao, China

2CAS Key Laboratory of Marine Ecology and Environmental Sciences, Institute of Oceanology, Chinese Academy of Sciences, Qingdao, China

Edited by:
Tian Li, Nankai University, China

Reviewed by:
Sun Haixin, Qingdao University, China
Xiaojia He, Emory University, United States

*Correspondence: Xiudan Wang, wangxiudan@qust.edu.cn; Tiantian Chen, chentian0819@163.com

Specialty section: This article was submitted to Microbiotechnology, a section of the journal Frontiers in Microbiology

Received: 08 October 2021
Accepted: 28 October 2021
Published: 02 December 2021

Citation: Guo C, You S, Li C, Chen T and Wang X (2021) One-Step and Colorimetric Detection of Fish Freshness Indicator Hypoxanthine Based on the Peroxidase Activity of Xanthine Oxidase Grade I Ammonium Sulfate Suspension. Front. Microbiol. 12:791227. doi: 10.3389/fmicb.2021.791227

The global food waste problem, especially aquatic product spoilage, stimulates the accurate freshness analysis of food products. However, it still remains a great challenge to realize in-field determination of fish freshness at the time of use. In the present study, a colorimetric enzyme biosensor was developed for one-step detection of hypoxanthine (Hx), which is an important intermediate of adenosine triphosphate decomposition during fish storage. We demonstrate that xanthine oxidase grade I ammonium sulfate suspension (XOD-ASS) possesses peroxidase activity. It can oxidize different peroxidase substrates, including 3,3′,5,5′-tetramethylbenzidine, 2,2′-azino-bis(3-ethylbenzothiazoline-6-sulfonic acid) diammonium salt, and o-phenylenediamine in the presence of H2O2, producing visible color reactions. Further experiments indicate that XOD-ASS displayed effective peroxidase activity and could be used for H2O2 detection. Based on this, a one-step Hx detection method was established using only XOD-ASS as the catalyst. The method displays a good linear relationship in the range from 20 to 100 μM with a detection limit of 6.93 μM. Additionally, we successfully applied this method in testing Hx accumulation in sea bass fish samples of different storage times. The recovery values range from 97.44 to 102.56%. It is exciting to note that, compared with other methods, our proposed method provides a robust advantage on the economic reaction system, ease of preparation, short time consumption, and moderate reaction temperature. We believe that this method shows good application prospects for on-site fish freshness determination.
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INTRODUCTION

Nowadays, there are increasing requirements and regulations in the fields of biotechnology control, environmental protection, and food/water quality certification (Flachsbarth et al., 2015). A rising number of clinical diagnoses and veterinary tests are required regarding human and animal health (Görgülü et al., 2013). Therefore, developing rapid, easy, economic, and accurate analysis methods may aid in these processes and general laboratory tasks.

In the food industry, especially aquatic products, which are highly perishable with a limited shelf-life after slaughter, the global waste problem stimulates the accurate freshness analysis of food products (Prabhakar et al., 2020). Traditionally, to meet the freshness standard, consumers mainly rely on a sensory approach to discriminate fresh fish products, and it is highly dependent on consumers’ level of perception and experience. Fishing factories try to record the capture or slaughter date of the products, but different storage or processing methods can greatly affect fish freshness. These methods are rapid and easy to carry out, but they are unreliable to assess fish freshness especially before the initial stages of spoilage.

Recently, estimating fish freshness has been widely investigated at the chemical, biochemical, and microbiological levels (Gil et al., 2011; Prabhakar et al., 2020). Various biomarkers, such as trimethylamine (TMA) and total volatile basic nitrogen (TVB-N), metabolites of adenosine triphosphate (ATP) degradation, and microbial count and activity were established as indicators of fish freshness (Cela-Pérez et al., 2015; Cheng and Sun, 2015; Peleg, 2016). TMA and TVB-N are widely preferred for assessment of fish quality and shelf life, but they lag behind as great indicators because they mainly indicate the later stages of fish spoilage (Sykes et al., 2009). Nucleotide and nucleoside metabolites produced by ATP decomposition has been demonstrated as one of the most important reasons that affect the freshness and quality of fish products (Shen et al., 1996; Carsol et al., 1997; Albelda et al., 2017). Compared with other indicators, hypoxanthine (Hx), which is an important intermediate of ATP metabolism, accumulates right after the fish is slaughtered (Cela-Pérez et al., 2015; Albelda et al., 2017). Therefore, the evaluation of Hx has the potential to determine the early stages of fish spoilage.

Hypoxanthine determination can be achieved using classic methods, such as high performance liquid chromatography (Fukuuchi et al., 2013; Qu et al., 2017) and spectrophotometric measurements (Amigo et al., 2005; Weeranantanaphan et al., 2011). These methods, in general, require expensive equipment and skilled technicians, which confines them to specialized laboratories. The emerging use of biosensors has the potential to provide simple and rapid determination platforms to overcome these challenges. The majority of developed biosensors involve a reaction that xanthine oxidase (XOD) could catalyze the oxidization of Hx and xanthine in the presence of oxygen to generate hydrogen peroxide (H2O2) and uric acid (UA) (Kelley et al., 2010). Then, the Hx or xanthine concentration can be determined by measuring the produced H2O2, UA or consumed O2, producing an electrochemical, fluorescent, or colorimetric signal (Görgülü et al., 2013; Wu et al., 2018; Chen et al., 2020). Electrochemical biosensors can achieve fast and easy detection, but they require a potentiostat to measure the voltammetric current (Görgülü et al., 2013; Albelda et al., 2017). Fluorescent and colorimetric sensors have been widely developed by combining XOD with peroxidase or nanoenzymes with peroxidase-like activity. For example, Li et al. (2008) develop a spectrophotometric quantitation method to detect xanthine by conjugating XOD with horseradish peroxidase. A series of colorimetric or fluorescent biosensors based on the production of H2O2 by XOD and peroxidase-like catalytic activity of nanoenzymes, including platinum nanoparticles (Chen et al., 2020), selenium-doped graphite carbon nitride (Qiao et al., 2015), and amino-functionalized metal organic framework (Hu et al., 2018) are also established, contributing to the rapid freshness evaluation of aquatic products. In these reactions, a two-step catalytic reaction is adopted: First, XOD catalyzes the reaction of Hx or xanthine with oxygen, yielding H2O2; second, H2O2 participates in the peroxide reaction catalyzed by a peroxidase or peroxidase mimic enzyme.

In the present study, we find that XOD grade I ammonium sulfate suspension (XOD-ASS) possesses peroxidase activity; it can not only catalyze the oxidization of Hx or xanthine to produce H2O2, but catalyze the oxidization of 3,3′,5,5′-tetramethylbenzidine (TMB) (colorless) by H2O2 to produce oxidized TMB (blue). Based on this, we further propose an easy, one-step, colorimetric method for Hx detection using only XOD-ASS as the catalyst. We demonstrate the utility of our method in fish samples and realize on-site, quantitative detection of Hx, providing a cheap, easy fish-freshness evaluation method.



MATERIALS AND METHODS


Materials

Xanthine oxidase grade I ammonium sulfate suspension was purchased from Sigma-Aldrich (St. Louis, MO, United States) and used as received. Hx standard of chromatographically pure was obtained from Solarbio (Beijing, China). UA, 30% H2O2, glucose, glycine, ascorbic acid, cysteine, and inosine were provided by Aladdin Reagents (Shanghai, China). TMB, 2,2′-azino-bis(3-ethylbenzothiazoline-6-sulfonic acid) diammonium salt (ABTS), and o-phenylenediamine (OPD) were bought from Macklin Biochemical (Shanghai, China). Other chemicals were of analytical grade, and all compounds used in this work were prepared without any further purification. All solutions were prepared with distilled deionized water purified by a Milli-Q Purification System (Millipore, MA, United States).



The Oxidation of 3,3′,5,5′-Tetramethylbenzidine Catalyzed by Xanthine Oxidase Grade I Ammonium Sulfate Suspension

3,3′,5,5′-tetramethylbenzidine and H2O2 were used to examine the peroxidase activity of XOD-ASS. The reaction was performed in a 100-μL system (20 mM sodium citric buffer, pH = 5.0) containing 0.1 U/mL XOD-ASS (one unit converts 1.0 μmole of xanthine to UA per min at pH 7.5 at 25°C), 1 mM TMB, and 1 mM H2O2 and incubated at room temperature for 10 min. Then, the UV-vis spectrum of 400 to 800 nm was recorded with a microplate reader (Tecan i-control, Infinite M1000 PRO, Switzerland). The steady-state kinetics of XOD was recorded at 652 nm using a time-scan model of the microplate reader. Reactions without XOD-ASS or H2O2 were set as controls. The peroxidase activity of XOD-ASS was further verified using two other peroxidase substrates, OPD and ABTS, and the reaction system used for OPD and ABTS was the same as that for TMB. To obtain the optimal reaction conditions, the reaction was first incubated at a temperature from 20°C to 65°C and then in different buffer solutions with pH values from 3 to 10. Standard reaction conditions were then adopted with varying concentrations of TMB (0.1-2 mM) at a fixed concentration of H2O2 (1 mM) or varying concentrations of H2O2 (0.2-10 mM) at a fixed concentration of TMB (1 mM).



Hypoxanthine Detection Using Xanthine Oxidase Grade I Ammonium Sulfate Suspension and Selectivity Study

For Hx detection, the concentration of XOD-ASS was optimized from 0.0125 to 0.2 U/mL (concentrations of XOD), and the concentration of TMB was optimized from 0.0125 to 1.0 mM. The reaction temperature was optimized at 25°C, 37°C, and 50°C. At the optimal reaction condition, Hx detection was performed in a 100-μL system (20 mM sodium citric buffer, pH = 5.0) with variable concentrations of Hx from 0.02 to 1.0 mM. After incubation at room temperature for 10 min, the absorbance signal at 652 nm was recorded by the microplate reader.

To determine the selectivity of the detection method, a series of common substrates, including glucose, glycine, ascorbic acid, UA, cystine, and inosine with concentrations of 1 mM were adopted as interferences.



Detection of Hypoxanthine in Fish Samples

Live sea bass was bought from the local market and slaughtered to obtain fresh fish filets. In total, 24 pieces of fish filet (about 10 g/each) were randomly divided into eight groups and were left to decay for 0, 1, 3, 6, 12, 24, 36, and 48 h at room temperature, respectively. At each time point, three replicates of fish filet were, respectively, minced with a mortar and pestle and stored at −20°C until analysis. For analysis, a fish meat sample of 1 g was mixed with 10 mL distilled water and homogenized using an ultrasonic homogenizer for 15 min. The homogenous mixture was centrifuged at 12,000 rpm for 10 min at 4°C, and the obtained supernatant was diluted three times with distilled water. Two samples of fish extract (3 and 6 h) were spiked with standard Hx solutions with final concentration of 10, 15, and 25 μM. To perform Hx analysis, 20 μL of the fish extract (or spiked fish extract) was mixed with 80 μL sodium citric buffer system (the final mixture contained 0.025 U/mL XOD-ASS, 0.2 mM TMB, and 20 mM sodium citric). The mixture was incubated at room temperature for 10 min, and the absorbance signal at 652 nm was recorded by the microplate reader.



Statistical Analysis

All experiments were performed at least in triplicate, and the results were presented as mean ± standard deviation and analyzed by SPSS 16.0. Significant differences among groups were evaluated by one-way analysis of variance (ANOVA) and linear regression analysis was performed. It was considered significantly different at p < 0.05. Origin Pro 7.5 software was used to prepare the figures.




RESULTS AND DISCUSSION


Xanthine Oxidase Grade I Ammonium Sulfate Suspension Catalyzes the Oxidation of Peroxidase Substrates

Typically, peroxidase catalyzes the oxidation of TMB and displays a significant color change from colorless to blue in the presence of H2O2 (Gao et al., 2007). First, we investigated the peroxidase activity of XOD-ASS using the typical peroxidase substrate TMB (Figure 1A). The result demonstrates that XOD-ASS catalyzed the reaction of substrate TMB in the presence of H2O2, producing oxidized TMB with a blue color (Figure 1B, inset). No color signal was observed for the reactions without XOD-ASS or H2O2, indicating XOD-ASS and H2O2 were both necessary for the oxidation of TMB. Spectroscopic analysis revealed the maximum absorption wavelength at 652 nm (Figure 1B), which corresponded with previous research (Gao et al., 2007; Yang et al., 2019). At the same time, the time course curves of the reactions were monitored at 652 nm (Figure 1C) within 600 s, confirming that the catalysis of the reaction was time-dependent, and a minimal signal was observed in the absence of XOD-ASS or H2O2. The peroxidase activity of XOD-ASS was further characterized by replacing TMB with other substrates ABTS and OPD. Figures 1D,E shows that XOD-ASS could not only catalyze the oxidation of TMB, but also ABTS to produce a color change from colorless to dark green and OPD to produce a yellow color. These results confirm that XOD-ASS possesses peroxidase activity toward three different peroxidase substrates.
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FIGURE 1. XOD-ASS shows peroxidase activity. (A) Scheme illustration of oxidation of TMB into oxidized TMB by XOD-ASS. (B) The absorbance spectrum of XOD-ASS catalyzing the oxidation of TMB in the presence of H2O2. Inset represents the corresponding colorimetric result of the reactions. (C) The time-dependent absorbance curve at 652 nm of the reactions. (D) The absorbance spectrum of XOD-ASS catalyzing the oxidation of ABTS in the presence of H2O2. Inset represents the corresponding colorimetric result of the reactions. (E) The absorbance spectrum of XOD-ASS catalyzing the oxidation of OPD in the presence of H2O2. Inset represents the corresponding colorimetric result of the reactions.


Based on the spectroscopic and colorimetric results, we deduce that XOD-ASS might contain lactoperoxidase (LPO) from milk. To verify our deduction, sodium dodecyl sulfate-polyacrylamide gel electrophoresis (SDS-PAGE) was performed to detect the protein components of XOD-ASS. As shown in Supplementary Figure 1, multiple bands were identified in the SDS-PAGE result, demonstrating that XOD-ASS is a crude extract of bovine milk. Particularly, the two bands with the largest quantity are about 150 and 75 kDa, corresponding to the molecular weight of XOD (Enroth et al., 2000) and LPO (Atasever et al., 2013), respectively. LPO is the second most abundant enzyme in bovine milk after XOD, and the concentration can be as high as 1–19 U/mL milk (de Wit and van Hooydonk, 1996). They act together in vivo to generate reactive oxygen species and reactive nitrogen species, which is referred to as the “XOD-LPO” system (Al-Shehri et al., 2020). Therefore, it is reasonable that XOD-ASS contains LPO. Considering the lower cost and easier preservation, XOD-ASS might have the potential to develop a one-step Hx detection method using only XOD-ASS as the catalyst without conjugating XOD with other peroxidases or peroxidase mimic enzymes.



Steady-State Kinetics Assay

On the basis of the peroxidase catalytic activity of XOD-ASS, we investigated the optimal reaction condition of the oxidation of TMB catalyzed by XOD-ASS. As shown in Supplementary Figure 2, the relative activity reached the maximum at 50°C and pH 5.0, respectively. Then, substrate-dependent kinetic analysis was carried out by changing the concentration of one substrate while the concentration of another one was kept constant. As shown in Figure 2A, the absorbance value at 652 nm increased with substrate TMB ranging from 0.1 to 1 mM, and the value came to a plateau at higher concentrations. The color variation for the TMB response could be seen with the naked eye (Figure 2A inset). The color and the absorbance value were positively correlated with substrate H2O2 ranging from 0.2 to 8 mM, but a higher concentration could inhibit the oxidation reaction (Figure 2B). The absorbance value at 652 nm was linear with H2O2 concentration in the range from 0.2 to 1.0 mM with a correlation coefficient (R2) of 0.998. The linear equation was calculated to be y = 0.772x + 0.150 (y represents absorbance 652 nm, and x represents the concentration of H2O2). Our results demonstrate that XOD-ASS contains effective peroxidase activity and could be used for H2O2 detection.
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FIGURE 2. (A) The absorbance at 652 nm in different concentrations of TMB. Inset represents the corresponding colorimetric result of the reactions. (B) The absorbance at 652 nm in different concentrations of H2O2. Inset represents the corresponding colorimetric result of the reactions and the linear calibration plot for H2O2.




Sensitivity and Specificity for Detection Hypoxanthine

We further develop a one-step Hx detection method using the XOD-ASS mixture as the catalyst. XOD-ASS could not only catalyze the oxidization of Hx or xanthine to produce H2O2 (XOD functions in this reaction), but catalyzes the oxidization of TMB (colorless) by H2O2 to produce oxidized TMB (blue) (LPO might function in this reaction) (Figure 3A). The parameters that might affect the performance of the detection were optimized (Supplementary Figure 3), and the optimal conditions were adopted to detect Hx. As shown in Figure 3B, the color variation of TMB oxidation was dependent on the concentration of Hx, and the absorbance at 652 nm was regularly enhanced with increasing Hx concentration. The corresponding calibration curve (Figure 3B inset) displayed the linear relationship between the absorbance value and Hx concentration in the range from 20 to 100 μM (R2 = 0.998, p = 0.00091 < 0.05). The detection limit was calculated based on a triple standard deviation of blank samples (S/N = 3, S represents sensitivity and N represents noise), and it was determined to be 6.93 μM, which is much lower than the threshold of Hx concentration in fresh aquatic products and could satisfy the application in evaluating fish freshness (Chen et al., 2020). According to a previous study, Hx concentration is lower than 529 μM in fresh aquatic products (Chen et al., 2020), so the analytical sensitivity of our method is sufficient for aquatic product freshness evaluation. The selectivity performance of our established one-step Hx detection method was further investigated by determining the effect of potentially coexisting substances, including glucose, glycine, ascorbic acid, UA, cysteine, and inosine (Figure 3C). The results indicate that no absorbance was obtained for these substances except Hx, demonstrating good selectivity of our XOD-ASS–based, one-step Hx detection method.
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FIGURE 3. (A) Schematic illustration of one-step and colorimetric detection of Hx catalyzed by XOD-ASS. (B) The absorbance at 652 nm in different concentrations of Hx. Inset represents the corresponding colorimetric result of the reactions and the linear calibration plot for Hx. (C) Selectivity of the established one-step Hx detection method.




Method Validation and Detection of Hypoxanthine in the Fish Products

A standard addition method was further applied to evaluate the effectiveness of our method. Different concentrations of Hx (10, 15, and 25 μM) were added to diluted fish extracts. As shown in Table 1, our results show good recoveries from 97.44% to 102.56%, demonstrating satisfactory applicability of the method in real sample detection.


TABLE 1. Analytical results of Hx and spiked Hx in fish extracts.

[image: Table 1]
To explore the practical application of the developed method, sea bass fish samples at various times ranging from 1 to 48 h after death were tested for Hx accumulation. It is known that Hx starts to accumulate immediately following ATP degradation after the fish is slaughtered (Cela-Pérez et al., 2015). Our assay exhibited a gradually increasing trend during the storage process of the sea bass fish sample (Figure 4). Similar trends of Hx were also observed in fish such as tilapia and shrimp in previous reports (Chen et al., 2020; Mustafa et al., 2021), indicating the high efficiency and potential application of the method in real sample extracts. The obtained concentration of Hx can be related to fish-freshness monitoring. Previous studies give suggested levels of Hx in subfresh and decayed fish. For example, Qiong et al. (1998) suggest that, for Mylopharyngodon piceus, an Hx concentration (CHx) of ≤72 mg/kg indicates fresh; 72 mg/kg < CHx ≤ 118 mg/kg indicates subfresh; >118 mg/kg indicates spoiled. According to the national standard of China, aquatic products are considered to be fresh when the concentration of Hx is lower than 529 μM (Chen et al., 2020). Based on these suggestions and standards, sea bass fish samples were considered fresh during 0–6 h (CHx lower than 82 mg/kg) storage at room temperature, started to deteriorate during 6–12 h (CHx of 82–115 mg/kg, subfresh, edible), and became spoiled after 12 h (no longer dietary is suggested), but these levels need further validation with TVB-N levels, and they may vary in other types of fish. Therefore, it is essential to establish a database of Hx concentrations for different kinds of fish, and this method will just meet future need as a general platform for freshness screening.
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FIGURE 4. Detection of Hx in sea bass fish sample during storage for 48 h at room temperature. Different lowercase letters indicate Hx concentrations in fish samples of different storage time are significantly different (p < 0.05).


We compare our one-step Hx detection method with previously reported biosensors, which conjugate XOD with peroxidase or peroxidase-mimic nanoenzymes (Table 2). Compared with these methods, our proposed method requires a one-step reaction and 10 min room temperature incubation to realize the colorimetric detection of Hx. Besides this, the method involves only one catalyst XOD-ASS, which is less expensive than other forms of XOD as revealed by the Sigma official website. Based on the price of XOD-ASS and the reagents used, a cost estimate of the XOD-ASS–based solution assay per sample is about ¥0.2 ($0.03), and the cost of nanoenzyme/XOD biosensor per sample is about $0.11 and $3.4 per test for a commercial assay (Mustafa et al., 2021). Therefore, the established one-step Hx detection method provides a robust advantage on economic reaction system, short time consumption, and moderate reaction temperature, providing a simple choice for on-site fish freshness determination.


TABLE 2. Comparison of different Hx detection methods.
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CONCLUSION

In this work, we first report that XOD-ASS contains effective peroxidase (LPO) and can be used for H2O2 detection. Based on this, a simple, inexpensive, and one-step Hx detection method using only XOD-ASS as the catalyst is established. The quantification of Hx displays a linear range of 20–100 μM with a detection limit of 6.93 μM. Besides this, the method has a good selectivity and shows satisfactory applicability in fish sample evaluation with good recoveries. Considering the low cost, ease of preparation, and visual detection, this method shows good application prospects for on-site fish-freshness determination.
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Atrazine, a triazine herbicide, is widely used around the world. The residue of atrazine due to its application in the fore-rotating crop maize has caused phytotoxicity to the following crop sweet potato in China. Bioaugmentation of atrazine-contaminated soil with atrazine-degrading strains is considered as the most potential method to remove atrazine from soil. Nevertheless, the feasibility of bioaugmentation and its effect on soil microbiome still need investigation. In this study, Paenarthrobacter sp. AT-5, an atrazine-degrading strain, was inoculated into agricultural soils contaminated with atrazine to investigate the bioaugmentation process and the reassembly of the soil microbiome. It was found that 95.9% of 5 mg kg−1 atrazine was removed from the soils when inoculated with strain AT-5 with 7 days, and the phytotoxicity of sweet potato caused by atrazine was significantly alleviated. qRT-PCR analysis revealed that the inoculated strain AT-5 survived well in the soils and maintained a relatively high abundance. The inoculation of strain AT-5 significantly affected the community structure of the soil microbiome, and the abundances of bacteria associated with atrazine degradation were improved.

Keywords: atrazine, bioaugmentation, phytotoxicity, Paenarthrobacter sp. AT-5, soil microbiome


INTRODUCTION

Atrazine is one of the photosystem-II (PSII)-inhibiting herbicides, which destroy the chloroplast light systems of plants, causing the plants to become chlorotic and finally wither and die. Atrazine is widely used in the prevention and control of broad-leaved weeds in maize, pineapple, sorghum, and sugar cane (Strong et al., 2000). Since atrazine was first put on the market in the 1950s, it has become the second largest applied pesticide in the world because of its high efficiency and low cost (Singh et al., 2018; Cao et al., 2021). Atrazine has a long half-life in soils, varying from approximately 60 days to over 1 year (Smith et al., 2005). With the wide application of atrazine, the residue of atrazine in the soil has caused great concern. Atrazine has been frequently detected in environments with concentrations as high as 250 mg kg−1 in soil (Chiaia-Hernandez et al., 2017), 30 μgL−1 in groundwater (Cerejeira et al., 2003), and 5 μgL−1 in surface water (Ge et al., 2010). As a potent endocrine disruptor, atrazine shows potential risk for endocrine health and immune disruption (Brodkin et al., 2007), nervous system damage (Rusiecki et al., 2004), and reproductive cancers in laboratory rodents and humans (Fan et al., 2007). Furthermore, the residual atrazine in soils also causes phytotoxicity to subsequent crops, such as soybean (Soltani et al., 2011; Zhang et al., 2021), sorghum, oat, wheat, and sweet potato (Lima et al., 2020). Therefore, effective removal of atrazine residues from soil is of great importance.

Atrazine in environments can be dissipated by the following methods: oxidative degradation by zero-valent metals (Diao et al., 2020), photolysis (Souza et al., 2014), advanced oxidation processes (Morales-Perez et al., 2016), or bioremediation. As an eco-friendly, efficient, and low-cost method, bioremediation has been proposed as the most promising method to remove atrazine from contaminated-sites. Microorganisms capable of degrading atrazine have been reported since 1995, such as Pseudomonas sp. strain ADP, which is the first isolated atrazine-mineralizing strain (de Souza et al., 1998). Subsequently, more and more atrazine-degrading strains have been isolated, including Nocardioides sp. SP12 (Piutti et al., 2003), Arthrobacter sp. GZK-1 (Getenga et al., 2009), Arthrobacter sp. AK-YN10 (Sagarkar et al., 2016) and so on (Huang et al., 2017). To date, two types of atrazine-degrading bacteria have been described: (i) capable of completely mineralizing atrazine, harboring the genes of atzA/trzN, atzB, atzC, atzD, atzE, and atzF (Piutti et al., 2003), and (ii) capable of transforming atrazine into cyanuric acid, harboring the genes of trzN, atzB and atzC (Hernandez et al., 2011). Generally, gram-positive bacteria initiate the atrazine degradation via the hydrolysis reaction catalyzed by TrzN, while gram-negative bacteria catalyze the reaction by AtzA (Omotayo et al., 2011; Huang et al., 2017).

In previous studies, bioaugmentation has been proposed for atrazine degradation by inoculating atrazine-degrading bacteria to soils (Fadullon et al., 1998). Successful bioaugmentation requires the survival of the inoculated strains and keeping metabolic activity (Gomes et al., 2005). To date, the quantitative analysis of specific gene based on real-time PCR has been used for evaluating the genetic stability and survival of inoculated strains in soil samples (Chi et al., 2013). However, the interactions between the contaminants, inoculated strains, and the soil indigenous microbial communities remain largely unknown. In addition, the soil microbiome largely affects the productivity and stability of agroecosystems (van der Heijen, 2008). High-throughput sequencing has been successful in exploring the complex dynamic changes of microbial communities (Liu et al., 2020). Therefore, revealing the microbial community in soils responding to atrazine and its degrading strains will help to understand the underlying mechanism of bioaugmentation and improve the bioremediation efficiency.

In this study, an atrazine-degrading strain, Paenarthrobacter sp. AT-5 (formerly Arthrobacter sp. strain AT-5; Busse, 2016) was inoculated to evaluate the bioaugmentation processes in agricultural soils contaminated with atrazine (Xu et al., 2019). Real-time quantitative PCR (qRT-PCR) was used for calculating initial functional gene (trzN) to evaluate the stability and fate of strain AT-5 during the bioaugmentation process. At the same time, the alleviation of phytotoxicity of sweet potato by strain AT-5 was also investigated. More importantly, our study also aims to explore the dynamic changing process of soil microbiome during bioaugmentation. This study is helpful to understand the change of community structure of microbiome during bioaugmentation and provides a theoretical guidance for development of enhanced bioremediation strategies for atrazine-contaminated soils.



MATERIALS AND METHODS


Soil Characteristics and Preparation of Inoculum

Soil samples were collected from a maize field (0–10 cm depth) in Jiangsu Province, China, after maize was harvested. Mixed and homogenized soil samples were passed through a 2-mm sieve and then stored at 4°C before further use. The chemical and physical properties of the soil were determined by standard methods (Nelson and Sommers, 1996) and summarized in Supplementary Table S1.

Paenarthrobacter sp. strain AT-5, an atrazine-degrading strain isolated previously in our lab (Liu et al., 2019; Xu et al., 2019), was used for bioaugmentation. Strain AT-5 was cultured in Luria-Bertani (LB) medium at 30°C and pH 7.0 until the exponential phase. Then, the cells were harvested through centrifugation (6,000g for 6 min) and washed with sterilized minimal salt medium for three times.



Phytotoxicity of Sweet Potato Seedlings Caused by Atrazine Residues in Soil

To study the phytotoxicity of subsequent crop caused by atrazine residues in soil, the “Su 22” sweet potato seedlings (obtained from Jiangsu Academy of Agricultural Sciences, China) were selected. Soils with atrazine residues were prepared by supplementing atrazine (dissolved in methanol, Sigma-Aldrich, Shanghai, China; 98% purity) to soils at five different final concentrations (10 mg kg−1, 5 mg kg−1, 1 mg kg−1, 0.5 mg kg−1, and 0.2 mg kg−1, dry soil weight). The atrazine-spiked soils (250 g, dry weight) were transferred to three pots, respectively. The “Su 22” sweet potato seedlings were planted into pots and put in a growth chamber (Jiangnan, Ningbo, China) at 28/25°C with an 18-h light/6-h dark cycle. During the incubation, water was added every other day to keep the soil moisture content at 40%. The growth status of sweet potato seedlings was observed and recorded at 0, 1, 3, 7, 14, and 21 days, and three replicates were set for each treatment.



Bioaugmentation of Atrazine-Contaminated Soil With Strain AT-5

Atrazine-spiked soils were prepared as described above at a final atrazine concentration of 5 mg kg−1 (dry soil weight), and the carrier solvent methanol was removed through evaporation. The microcosm treatments were set as follows: (i) Control: equivalent amount of methanol and ddH2O were added into native soil, (ii) Atr: native soil spiked with atrazine, (iii) Atr-Bio: atrazine-spiked soil with inoculation of strain AT-5 (1.0 × 107CFU/g dry soil), (iv) Bio: native soil with inoculation of strain AT-5 (1.0 × 107CFU/g dry soil), and (v) Sterilized soil: atrazine-spiked soil autoclaved three times (121°C, 20 min). The treated soils were sorted into plastic pots (700 g dry soil per pot) and then incubated at 28/25°C with an 18-h light/6-h dark cycle in a growth chamber for 14 days. The soil moisture content was kept at 30% of the soil water holding capacity (WHC), and the lost water was replenished by weighing samples every day. Soils (20 g per pot) were non-destructively sampled at 0, 1, 3, 5, 7, and 14 days for atrazine detection and bacterial community analysis. Three replicates were set for each treatment.

The remaining soils of the atrazine-spiked soil (Atr) and atrazine-spiked soil with inoculation of strain AT-5 (Atr-Bio) at 14 d were planted with sweet potato seedlings to verify whether the phytotoxicity caused by atrazine was alleviated by bioaugmentation with strain AT-5. The growth status of sweet potato seedlings was measured as described in section “Phytotoxicity of Sweet Potato Caused by Atrazine and Its Alleviation by Bioaugmentation”.



Extraction and Analysis of Atrazine in Soil

At each sampling time, 20 g soil (dry weight) was collected and extracted three times with 60 ml dichloromethane by horizontally mixing for 2 h at 30°C and ultra-sonication for 30 min. The extracts were concentrated by rotary evaporation, dried with nitrogen, and then resolved in 1 ml of methanol. Using this method, the extraction efficiency of atrazine in soil was 79.9%. The impurities in the extracts were removed by filtering through a 0.22-μm membrane. Atrazine was detected through high-performance liquid chromatography (HPLC; UltiMate 3,000 RSLC; Thermo Fisher Scientific, United States) using a reversed-phase C18 separation column (250 mm × 4.6 mm × 5 μm; Thermo Fisher Scientific, Waltham, MA, United States). The mobile phase consisted of 20% water and 80% methanol (vol/vol), and the flow rate was 0.8 ml min−1. The column temperature was 30°C, and the injection volume was 20 μl. Atrazine was detected at 220 nm. Under these conditions, the retention time (Rt) for atrazine was 5.97 min.



DNA Extraction, Sequencing, and Quantitative Real-Time PCR

Soil total DNA was extracted from the soil sample (0.5 g, dry weight) using a Fast DNA SPIN Kit for Soil (MP Biomedicals, United States). The V4 region of the 16S rRNA gene was amplified using the primer set 515F and 806R as described previously (Jia et al., 2021a). The amplified 16S rRNA genes were sequenced by Biozeron Biological Technology Co. Ltd. (Shanghai, China) on an Illumina HiSeq 2,500 platform.

The numbers of the inoculated strain AT-5 in soil were estimated by quantifying the copy numbers of trzN gene (encoding the initial hydrolase for atrazine degradation) through quantitative real-time PCR (qRT-PCR) with primers (RT-trzNF: GCAGCGTTTCACGGACAA, RT-trzNR: AGGAGCGACTGGAGGAGGAC; 235bp; Sajjaphan et al., 2004). The trzN fragment was amplified from the DNA of strain AT-5 with primers (trzN-F: ATGATCCTGATCCGCGGACT, trzN-R: CTACAAGTTCTTGGGAATGA; 1383bp) and cloned into pMD™19-T Vectors (TaKaRa, Dalian, China). The recombinant plasmid was used as the standard for quantitative analysis. The concentrations of the recombinant plasmid were detected on a NanoDrop ND-2000 spectrophotometer (ND2000, Thermo Scientific, DE, United States), and then the copy numbers of inserted trzN gene were calculated. Tenfold serial dilutions of the concentration-known recombinant plasmid (in triplicate) were used in the qRT-PCR assay to generate an external standard curve. The qRT-PCR was performed on the Applied Biosystems 7500 Fast real-time PCR system (Applied Biosystems, USA) with SYBR Premix Ex Taq II (Tli RNase H Plus; TaKaRa).



Sequence Analysis of 16S rRNA Gene

After sequencing, the raw reads were merged using FLASH (Magoc and Salzberg, 2011). The merged reads were quality-filtered using QIIME, and then, effective tags were clustered into operational taxonomic units (OTUs) with a 97% similarity cutoff (Caporaso et al., 2010; Edgar, 2013). The species richness and diversity, including Chao1, Shannon, and Simpson index (1-lambda), were estimated through α-diversity analysis, using QIIME (Caporaso et al., 2010). β-diversity analysis was used to evaluate the similarity of bacterial communities in different treatments (Caporaso et al., 2010). The weighted UniFrac distances were calculated using the QIIME pipeline, and principal coordinates analysis (PCoA) was performed with R using the library “vegan.” Potential biomarkers were identified through linear discriminant analysis (LDA) with effect size (LEfSe; Segata et al., 2011). The Molecular Ecological Network Analysis (MENA) pipeline was used to construct the co-occurrence patterns of bacterial communities (Das and Mukherjee, 2007).



Data Availability

The sequencing data involved in this manuscript are available at NCBI under BioProject ID PRJNA765205.




RESULTS


Removal of Atrazine by Inoculation of Strain AT-5 and Its Dynamic Abundance in the Soil

In the sterilized soil, only 14.5% of atrazine disappeared at the end of incubation (14 days), showing that abiotic factors have limited contributions to atrazine dissipation (Figure 1). Compared to that in the sterilized soil, the concentration of atrazine in bioaugmentation treatment (Atr-Bio) was significantly reduced. The removal rates of atrazine in the atrazine treatment (Atr) and bioaugmentation treatment (Atr-Bio) were 28.3 and 97.9% at 14 days, respectively. In addition, the DT50 and DT90 values of atrazine in Atr-Bio treatment were 1.2 and 3.9 days, respectively. These results showed that indigenous microorganisms contributed a little to atrazine removal and strain AT-5 dominated the atrazine removal in the soil (p < 0.01).

[image: Figure 1]

FIGURE 1. Dissipation of atrazine in various soil samples with time and qRT-PCR quantification of trzN in inoculated soil microcosms. Control: native soil spiked with atrazine; Sterilized soil: sterilized soil spiked with atrazine; Bioaugmentation: atrazine-spiked soil with inoculation of strain AT-5; Quantification of trzN: trzN gene copies (g−1 dry soil).


The abundance of the inoculated strain AT-5 in the soil was calculated by quantifying the copy numbers of the initial hydrolase gene trzN by qRT-PCR (Figure 1). The amplification efficiency of PCR threshold standard curve was 98.4%. In the bioaugmentation treatment, the copy numbers of trzN gene decreased within the first 7 days and then kept relatively stable (the same order of magnitude at 106 copies g−1 dry soil) till 14 days, while the trzN gene could not be amplified with the DNA template extracted from the original soil without any treatments. These results indicated that the inoculated strain AT-5 could survive well in the soil for a period of time (14 days).



Phytotoxicity of Sweet Potato Caused by Atrazine and Its Alleviation by Bioaugmentation

Both high and low concentrations of atrazine in the soil caused phytotoxicity to sweet potato seedlings (Supplementary Figure S2). With a low concentration of atrazine (0.2 mg kg−1) in the soil, the sweet potato seedlings survived within the 21-day cultivation period, but phytotoxicity phenomena, such as leaf yellowing, were still observed. These results suggested that sweet potato seedlings were sensitive to atrazine, and even low concentrations of atrazine in the soil would affect the planting of subsequent crops. Therefore, the remaining soils of the atrazine-spiked soil (Atr) and atrazine-spiked soil with inoculation of strain AT-5 (Atr-Bio) at 14 d were again planted with sweet potato seedlings. The concentrations of atrazine remaining in Atr and Atr-Bio soils were 3.36 ± 0.62 and 0.09 ± 0.002 mg kg−1, respectively. The atrazine-spiked soil (Atr) caused serious phytotoxicity to sweet potato seedlings, and sweet potato seedlings died at 21 days. However, the sweet potato seedlings grew well in the atrazine-spiked soil with inoculation of strain AT-5 (Atr-Bio; Figure 2). These results further showed that bioaugmentation with strain AT-5 was effective in the removal of atrazine from soil and could prevent the damage of atrazine residues to subsequent crops.
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FIGURE 2. The phytotoxicity of atrazine on sweet potato seedlings alleviated by bioaugmentation. Control: native soil spiked with atrazine after incubated 14 days, and the concentration of atrazine remaining in the control soil was 3.36 ± 0.62 mg kg−1. Bioaugmentation: atrazine-spiked soil with inoculation of strain AT-5 after incubated 14 days, and the concentration of atrazine remaining in the bioaugmentation soil was 0.09 ± 0.002 mg kg−1. Three replicates were set for each treatment.




Effects of Bioaugmentation and Atrazine Application on Soil Microbiome

The changes of the soil bacterial community at 0, 1, 3, 7, and 14 days in different treatment were investigated by sequencing of the 16S rRNA-amplicons. For α-diversities, the control treatment (methanol and ddH2O application) presented higher community richness (represented by higher Chao1 indices and observed OTU numbers) and diversity (indicated by Shannon and Simpson indices) than the Atr-Bio treatment (atrazine-spiked soil with inoculation of strain AT-5) and the Bio treatment (native soil with inoculation of strain AT-5; Figure 3). In addition, the application of atrazine without inoculation (Atr treatment) reduced the community richness, while had little effect on community diversity (Figure 3). These results indicated that the inoculation of degrading strain AT-5 significantly affected the bacterial community richness and diversity in soil.
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FIGURE 3. Richness estimators and diversity indices of bacterial communities. (A) relative abundance of strain AT-5; (B) observed OTU numbers; (C) Chao1 indices; (D) Shannon indices; (E) Simpson indices (1-lambda). Control: equivalent amount of methanol and ddH2O were added into native soil; Atr: native soil spiked with atrazine; Atr-Bio: atrazine-spiked soil with inoculation of strain AT-5; Bio: native soil with inoculation of strain AT-5.


Principal coordinates analysis (PCoA) and hierarchical cluster analysis were used to investigate the influences of inoculation of strain AT-5 and atrazine application on soil bacterial communities. The soil samples were grouped into two distinct clusters based on different treatments and time: inoculation treatments (Atr-Bio and Bio) and non-inoculation treatments (Control and Atr; Figure 4A). In addition, the hierarchical cluster analysis also reflected the sample separation, presenting a greater distance between the inoculation treatments and other treatments (Supplementary Figure S5). These results showed that inoculation of strain AT-5 dominated the changes of bacterial community diversity and structure in the soil, while atrazine application nearly had no effect on bacterial community.
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FIGURE 4. Effects of the different treatments on the bacterial community structure. (A) principal coordinates analysis (PCoA) with Bray–Curtis distances of bacterial communities; (B) Hierarchical clustering based on relative abundances of bacterial phylum in the soil samples. Control: equivalent amount of methanol and ddH2O were added into native soil; Atr: native soil spiked with atrazine; Atr-Bio: atrazine-spiked soil with inoculation of strain AT-5; Bio: native soil with inoculation of strain AT-5.




Bacterial Abundance and Composition

In all treatments, the bacterial phyla with higher abundances were Actinobacteriota, Proteobacteria, Acidobacteriota, Chloroflexi, and Bacteroidota (Figure 4B) and specifically the bacterial genera were Paenarthrobacter, Pseudarthrobacter and Nocardioides (Supplementary Figure S6). The genus Paenarthrobacter was the dominant genus in inoculation treatments, and the relative abundances of Paenarthrobacter in the Atr-Bio treatment kept relatively stable (21.1, 15.3, 13.0, and 17.9% at 1, 3, 7, and 14 days, respectively). These results combined with the qRT-PCR data showed that the inoculated Paenarthrobacter sp. strain AT-5 stably survived in the soil (Figures 1, 3A; Supplementary Figure S6).

To identify the biomarkers distinguishing different treatments, LEfSe analysis was used (Supplementary Figure S7). There were 58 potential biomarkers detected at all levels. At the genus level (Figure 5A), the potential biomarkers Paenarthrobacter and Bacillus were noted in both Bio and Atr-Bio treatments (inoculation treatment). Furthermore, the abundance of Bacillus was significantly increased in the inoculation treatment, indicating that inoculation of Paenarthrobacter sp. strain AT-5 enriched the genus Bacillus in the indigenous microbiome. Meanwhile, the relative abundances of 17 other potential biomarkers including Marmoricola, Nocardioides, Agromyces, and Solirubrobacter, decreased in inoculation treatment as compared to that in other treatments. These results indicated that inoculation treatment negatively selected these genera in the indigenous microbiome. It is worth noting that the positively selected biomarkers, including Marmoricola, Nocardioides, Agromyces, and Solirubrobacter, were only detected in the atrazine-spiked soil treatment (Atr) at 14 days. They increased markedly in Atr treatment at 14 days as compared to that in 1, 3, and 7 days. These four genera might be the positive biomarkers for atrazine degradation in non-inoculation treatments.
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FIGURE 5. Heatmaps showing relative abundances of differentially abundant genera (A) and families (B) identified by LEfSe analysis. Control: equivalent amount of methanol and ddH2O were added into native soil; Atr: native soil spiked with atrazine; Atr-Bio: atrazine-spiked soil with inoculation of strain AT-5; Bio: native soil with inoculation of strain AT-5. Atr-Bio_Bio, comparison of Atr-Bio treatment vs. Bio treatment, Control_Atr, comparison of Control treatment vs. Atr treatment. Early stage, 0–5 days; late stage, 7–14 days.




Bacterial Co-occurrence Networks

The co-occurrence patterns of bacterial communities in different treatments (Control, Atr, Bio, and Atr-Bio) were identified through constructing bacterial co-occurrence networks. The topological properties of the co-occurrence patterns varied significantly between the Atr-Bio and Atr networks (Figure 6). The Atr network exhibited more nodes and edges, a higher average degree and average clustering coefficient, as well as higher density and connectedness than other treatment networks, suggesting a much greater complexity and connectedness in the Atr network than that in the Atr-Bio network (Supplementary Figure S8). In addition, positive correlations occupied a dominant position in the all networks, regardless of the different treatments. However, compared to Atr treatments (10.2%), the negative correlations remarkably decreased in the Bio (5.9%) and Atr-Bio (3.5%) treatments, respectively. The higher negative correlations in the Atr network may be attributed to the filter of non-adaptive bacteria by atrazine application. In the Atr-Bio network, the lower negative correlations may be attributed to the removal of atrazine by bioaugmentation, leading to the recovery of the bacterial community.
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FIGURE 6. Bacterial co-occurrence networks under different treatments. (A) Control; (B) Atr; (C) Bio; (D) Atr-Bio. Control: equivalent amount of methanol and ddH2O were added into native soil; Atr: native soil spiked with atrazine; Atr-Bio: atrazine-spiked soil with inoculation of strain AT-5; Bio: native soil with inoculation of strain AT-5.





DISCUSSION

Microbial communities in natural environments usually do not have the capacity to degrade organic pollutants. Bioaugmentation, a strategy of inoculating specific functional microorganisms for degradation of pollutants, has been proposed as the most potential method to clean up pollutant-contaminated sites (Huang et al., 2019; Yang et al., 2021). Though some previous studies have investigated the bioaugmentation of atrazine-contaminated sites with atrazine-degrading strains, there are few studies about the effect of bioaugmentation on indigenous soil microbial communities (Wang et al., 2013). Nevertheless, the inoculation of exogenous strains may significantly change the structure of soil microbiome and affect its potential function (Yang et al., 2021). To determine whether bioaugmentation has negative environmental effects or not, the interactions between the inoculated exogenous strains, pollutants, and soil microbial consortia were required to be investigated. In this study, Paenarthrobacter sp. AT-5 was inoculated for atrazine removal to investigate the effects of bioaugmentation on the soil microbiome and the reconstructing process of microbial community.

In this study, the removal rate of atrazine by bioaugmentation of strain AT-5 was 95.9% at 7 days, Gao et al. (2018) found the half-life of atrazine in soil treated with Arthrobacter sp. strain HB-5 was significantly reduced to 6.3 days (Gao et al., 2018), showing that strain AT-5 has an excellent potential for atrazine degradation in soils. In addition, successful bioaugmentation relies not only on the degradability of the inoculum but also on its ability to survive in the environment (Singer et al., 2005; Chi et al., 2013). Some studies have demonstrated that the persistence of inoculum in the environment is a key factor of bioaugmentation (Chi et al., 2013; Yang et al., 2021). Our previous study showed the inoculated exogenous degrading strain could not survive well in soil, resulting in the decrease of chlorpyrifos mineralization rate (Jia et al., 2021a). By qRT-PCR and 16S rRNA-amplicon sequencing, we found that the inoculated strain AT-5 survived well in the soil and remained relatively stable during the incubation period of 14 days, which ensured its remediation efficiency for atrazine-contaminated soils. In addition, bioremediation is often subject to environmental constraints, such as soil type (Jia et al., 2021a). However, strain AT-5 showed good remediation effects in three different soils collected from Jining, Langfang, and Xuzhou, China (Supplementary Figures S3, S4), indicating that strain AT-5 has great potentials for the remediation of atrazine-contaminated different types of soil.

Actinobacteriota and Proteobacteria were the most abundant bacterial phyla in all treatments in our study. Previous studies found that Proteobacteria are the dominant microorganisms in various pesticide-contaminated soils due to their good tolerance to pollutants (Vaishampayan et al., 2007; Jia et al., 2021b). In addition, several atrazine-degrading bacteria have been identified in Actinobacteriota and Proteobacteria, such as Arthrobacter/Paenarthrobacter (Vaishampayan et al., 2007), Pseudomonas (de Souza et al., 1998), and Nocardioides (Piutti et al., 2003). Compared with the control treatment, the abundance of Bacillus significantly increased in the inoculation treatment, indicating that the potential indigenous Bacillus may be directly or indirectly involved in the degradation of atrazine. Up to now, several Bacillus, such as Bacillus licheniformis ATLJ-5 (Zhu et al., 2019), Bacillus megaterium ATLJ-11 (Zhu et al., 2019) and Bacillus subtilis HB-6 (Wang et al., 2014) have been reported to be capable of degrading atrazine and its metabolites. Hence, the addition of atrazine increased the relative abundance of potential biomarkers such as Bacillus, which may be involved in the biodegradation of atrazine or its metabolites.

Bacterial richness and diversity significantly decreased in the inoculation treatments, which were also observed during the bioaugmentation of acetamiprid-contaminated soil with Pigmentiphaga sp. strain D-2 (Yang et al., 2021). This phenomenon observed in our study could be attributed to the persistence and niche occupation of strain of AT-5. Moreover, inoculation of strain AT-5 enhanced atrazine degradation, intermediate production, and nutrient consumption in soil. These changes in the microenvironment may also lead to a significant reduction in bacterial richness and diversity (Yang et al., 2021). However, there was no significant difference in richness and diversity index between the control treatment (methanol and ddH2O application) and Atr treatment (atrazine application). These results indicated that the main driving factor for the change of bacterial community structure in the inoculation treatments is the addition of strain AT-5. It has been reported that the abundance of inoculum decreased after elimination of pollutants in soils (Cunliffe and Kertesz, 2006; Niu et al., 2009; Chi et al., 2013). Considering the influence of complex environmental factors in soils and the competition between inoculum and indigenous microorganisms, we speculate that strain AT-5 might not be able to maintain high abundance in in-situ soils after elimination of atrazine. Unfortunately, we did not collect soil samples from the Atr-Bio treatment on a longer time scale. Therefore, it is needed to clarify the final fate of strain AT-5 in soils in future studies.
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Zero valent iron (ZVI) particles were embedded into porous materials to avoid aggregation and separation problems in the controlled synthesis process. To investigate the adsorption mechanism of crystal violet and methylene blue, activated carbon (AC) and AC-based ZVI extraction by solid-phase and liquid-phase reduced approaches was conducted. Characterization methods of specific surface area, scanning electron microscopy (SEM), and x-ray diffractograms (XRD) were used to elucidate the structure of adsorbents, and the adsorption capacities of crystal violet and methylene blue were obtained under experimental conditions of various pH values (2.0–10.0), adsorption times (0–72 h), and temperatures (30–50°C). The adsorption of crystal violet/methylene blue was controlled by both chemisorption and reduction. The adsorption processes were fitted to a pseudo-second-order kinetic model, and that of reduction kinetics was suitable to pseudo-first-order kinetic model. The thermodynamic study revealed that the adsorption of crystal violet and methylene blue was endothermic and spontaneous, and the adsorption isotherms fitted well to the Langmuir model. Different adsorption capacities of crystal violet and methylene blue on various adsorbents were found, indicating that both the properties of adsorbents (pore size, specific surface area, and chemical functional groups) and the structures of adsorbates had significant effect on the removal of dye molecules.
Keywords: water pollution, activated carbon, zero valent iron, crystal violet, methylene blue
INTRODUCTION
Water pollution, a known universal crisis, might cause a reduction in the population, or extinction, of living things; reduce the value of environmental resources; and pose a threat to ecological balance (Iqbal et al., 2019; Efimov et al., 2019; Li et al., 2020). The release of dye in wastewater generated from different industries has been considered to be an important source of water pollution (Bilal et al., 2016a; Nouren et al., 2017). These dyes pose a serious threat to the ecological environment since they are extremely stable and non-biodegradable, and their accumulation always leads to poor oxygenation of the water environment by preventing the photosynthesis of photosynthetic organisms (Spadaro et al., 1992; Xu et al., 2018). Moreover, most dyes are toxic, mutagenic, and carcinogenic, leading to serious harm for aquatic animals and human health (Bilal et al., 2016a; Bilal et al., 2016b; Ramamoorthy et al., 2020). Therefore, it is quite significant to carry out the remediation of dyes in wastewater to clean the water environment and safeguard human health (Abbas et al., 2018; Amin et al., 2020).
To impede the discharge and pollution of dye in wastewater, plenty of treatment methods have been continuously improved to remove these dyes from wastewater (Chen et al., 2017; Saber-Samandari et al., 2017). Considering economics, applicability, and removal efficacy, adsorption is suggested as the most popular technique (Fernandes et al., 2010; Xu et al., 2014; Rasalingam et al., 2015), in which the selection of adsorbents is the key factor affecting removal efficiency (Fernandes et al., 2010; Zhang et al., 2020b; Liu et al., 2014). Activated carbon (AC) is known as the most effective adsorbent; however, the expensive cost of AC restricts its wide utilization. Recently, a variety of bio-based activated carbons derived from agricultural wastes such as fruit peel, crop straw, coconut shell, and vegetable residues have been synthesized to make the adsorption process more feasible and cost-effective (Mishra et al., 2021). Moreover, iron-based porous materials have been developed to be effective adsorbents for toxic dye removal from wastewater (Zhang et al., 2010; Wang et al., 2012), mainly because of the unique redox potential of zero valent iron (ZVI) combined with the high surface area and large reaction sites of porous adsorbents (Kerkez et al., 2014). Previous studies demonstrated that iron-modified montmorillonite could effectively adsorb crystal violet (CV) (Guz et al., 2014), and iron nanoparticles decorated onto three-dimensional graphene could rapidly and efficiently degrade azo dye (Wang et al., 2015).
However, the application of ZVI in actual water treatment is subject to certain restrictions, because it tends to agglomerate and is easily oxidized (Liu et al., 2007; Fan et al., 2016). Therefore, many studies have been initiated to search for different matrices to overcome the iron particle aggregation, such as adding iron on montmorillonite for the adsorption of toxic cationic dyes (Wang et al., 2017; Liu et al., 2018) and adding iron nanoparticles onto three-dimensional graphene to degrade azo dyes (Liu et al., 2018). It could be found that two different approaches, namely, solid-phase and liquid-phase iron direct reduction technology (Liu et al., 2007; Wang et al., 2017; Liu et al., 2018), are the main approaches to prepare ZVI covered on adsorbents for effectively removing toxic dyes in wastewater. Using liquid-phase iron direct reduction technology, many materials were used as matrices to fix nZVI including kaolinite (Liu et al., 2007), activated carbon (Liu et al., 2018), graphene (Wang et al., 2017), and palygorskite (Ngulube et al., 2019), which exhibited an excellent dye removal efficiency. Based on solid-phase iron direct reduction technology, different kinds of iron-based adsorbents with the ZVI particles embedded into matrixes could be prepared, overcoming the lack of instability of ZVI synthesized in the liquid-phase direct reduction approach (Wang et al., 2017; Zheng et al., 2019).
In order to research the removal efficiency and purification mechanism of dyes onto AC embedded with ZVI extracted by solid/liquid-phase direct reduction approach, a series of AC supported ZVI adsorbents were synthesized and used to remove CV and methylene blue (MB) at various pH values, adsorption times, and temperatures. CV and MB were chosen as the representation of dyes because of the wide area of applications and similar molecular weights/different molecular structures. In this study, palm kernel shells as agricultural wastes were used to prepare AC adsorbents owing to their low ash content, high in carbon and volatile content (Ajeng et al., 2021). The higher heating value of palm kernel shells was beneficial for the solid-phase iron direct reduction technology (Wang et al., 2017; Bazargan et al., 2018). Thus, AC adsorbents were used as reductants to prepare the ZVI in the solid-phase iron direct reduction process and as matrices to fix nZVI in the liquid-phase iron direct reduction process. Adsorption data were interpreted by using adsorption kinetics, adsorption isotherms, and thermodynamic models to calculate the adsorption capacities and thermodynamic parameters.
MATERIALS AND METHODS
Materials and Chemicals
Palm kernel shell (C 50.2%, H 6.2%, O 40.8%, and N 0.3%), and iron ore tailings (Fe2O3 27.47%, Al2O3 6.44%, SiO2 22.44%, CaO 1.95%, MgO 3.07%, and S2O3 4.61%) were sieved through 500-mesh screens and dried in an oven at 80°C for 24 h. Analytical grade dye molecules (CV and MB), iron chloride (FeCl3·6H2O), ethanol, sodium borohydride (NaBH4), and sodium hydroxide (NaOH) were purchased from Beijing Chemical Reagents Company (Beijing, China). Water used in this experiment was deionized water.
Preparation of Adsorbents
AC from palm kernel shell (PAC, 1#) and ZVI adsorbents produced through the solid-phase direct reduction approach (PAC-mZVI, 2#) were prepared as shown in Figure 1. In the preparation of PAC, palm kernel shell was heated in the absence of oxygen at a heating rate of 10°C min−1, a heating temperature of 800°C, and a calcining time of 40 min, to maintain its weight and produce a loose porous structure. Schematic of the preparation steps is shown in Figure 1.
[image: Figure 1]FIGURE 1 | Schematic of the preparation of the adsorbents.
The solid-phase direct reduction approach was chosen to produce ZVI to prepare PAC-mZVI (2#), in which iron ore tailings were reduced by palm kernel shell to ZVI during the sintering process at high temperature, as shown in the chemical reaction below:
[image: image]
[image: image]
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According to a previous study (Wang et al., 2017), the liquid-phase direct reduction approach was chosen to produce nanoscale ZVI to prepare PAC-nZVI (3#) adsorbents, in which Fe3+ was reduced by NaBH4 to ZVI on the surface of PAC as shown in the chemical reaction below:
[image: image]
Iron chloride solution (FeCl3) saturated PAC adsorbents and sodium borohydride solution (NaBH4) were shaken at 120 r min−1 under a temperature of 30°C to reduce Fe3+ to ZVI. The optimal experimental factors influencing the amount of ZVI covered on the surface of PAC were selected at a shaking time of 1 h, a molar ratio of Fe3+:BH4−at 1:3, and a mass ratio of Fe3+:PAC adsorbent at 1:5.
Characterization
The surface area and pore size were detected according to nitrogen adsorption–desorption isotherms using the Autsorb-1 (Quantachrome, United States). The morphological characteristics and chemical components of these adsorbents were determined using scanning electron microscopy (SEM, JSM-6610 LV, Jeol, Japan) and x-ray diffractograms (XRD, 08 Advance Davinci, Bruker, Germany), respectively. Zeta potentials were determined by a Zeta Probe apparatus (Colloidal-Dynamics, United States).
Adsorption Experiments
Dye solution (100 ml) with an initial concentration of 50–1,000 mg L−1 and an adsorbent dose of 0.6 g were added into glass conical flasks to carry out the adsorption experiments at the constant speed of 120 rpm. The desired pH value was adjusted at the range of 2–10. Adsorption kinetic studies were carried out at various adsorption times (0–72 h). The removal efficiencies (R) and adsorption capacities (Qt) were calculated by Eqs 1, 2 (Mwamulima et al., 2018). Adsorption isotherm studies were conducted with different initial concentrations of dye solution (50, 100, 200, 400, 600, 800, and 1,000 mg L−1) at temperatures of 30, 40, and 50°C. The concentrations of residual CV and MB in aqueous solution were detected by UV spectrophotometry.
[image: image]
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where C0 (mg L−1) is the initial concentration, Ct (mg L−1) is the concentration at time t, V (L) is the volume of the solution, and m (g) is the adsorbent weight.
RESULTS AND DISCUSSION
Adsorbents Characterization
Nitrogen adsorption method was used to determine the pore diameter, pore volume, and surface area of adsorbents in Table 1. Compared with palm kernel shell, PAC, PAC-mZVI, and PAC-nZVI had a much larger surface area and micropore area, which might lead to the deduction that abundant micropores were generated in the process of biomass pyrolysis chemical reaction of palm kernel shell at high temperature (Guo et al., 2016). Moreover, the calcining temperature in the preparation of PAC-mZVI adsorbents had a significant impact on the reduction process, which largely determined the micropore area and pore size. The surface area of PAC-nZVI adsorbents was higher than the other three adsorbents, showing that the adsorbents prepared by the liquid-phase reduction approach had the largest BET surface area.
TABLE 1 | Textural features of palm kernel shell, PAC, PAC-mZVI, and PAC-nZVI adsorbents.
[image: Table 1]SEM and EDX images of PAC, PAC-mZVI, and PAC-nZVI are shown in Figure 2. It could be clearly found that the surface of these adsorbents was rough; meanwhile, numerous pores existed in these adsorbents. This could be attributed to the fact that the organic matter in palm kernel shell generated volatile CO, CO2, and hydrogen during the sintering process (Guo et al., 2016). These volatile gases escaped from the inside of adsorbents; then, the pores were formed in this process. Moreover, PAC-nZVI adsorbents contained more pores compared with PAC-mZVI adsorbents, which might be attributed to the cementation effect of ZVI particle in the solid-phase reduction process (Wang et al., 2017). Combined with EDX analysis, it could be found that ZVI was generated in the solid-phase reduction reaction with the reductants of palm kernel shell and liquid-phase reduction reaction process in aqueous solution. As shown in Figure 2C, newly formed ZVI particles in the liquid-phase reduction reaction process were uniformly dispersed throughout the matrix, owing to the advantages of the liquid-phase iron reduction approach.
[image: Figure 2]FIGURE 2 | SEM images of (A1) PAC, (B1) PAC-mZVI, and (C1) PAC-nZVI and EDX images of (A2) PAC, (B2) PAC-mZVI, and (C2) PAC-nZVI.
XRD analyses were chosen to identify various phases and phase transformations for PAC, PAC-mZVI, and PAC-nZVI adsorbents. As depicted in Figure 3A, the main component of PAC adsorbents was carbon. As for PAC-mZVI in Figure 3B, hematite (Fe2O3) and ZVI were found as well as the carbon that PAC contained, indicating that palm kernel shells were translated to PAC, and iron ore tailings were partly reduced to ZVI in the solid reduction process with palm kernel shell as reductants (Man et al., 2014; Wang et al., 2017). As shown in Figure 3C, PAC-nZVI adsorbents mainly contained carbon and ZVI. Compared with PAC-mZVI adsorbents, ZVI was the unique form of iron element in PFB-nZVI adsorbents, confirming that Fe3+ was directly reduced to ZVI covered on porous adsorbents in liquid-phase reduction approach (Liu et al., 2018; Mwamulima et al., 2018).
[image: Figure 3]FIGURE 3 | X-ray diffractograms of three different adsorbents. (A) PAC, (B) PAC-mZVI, and (C) PAC-nZVI.
Effects of pH on Crystal Violet and Methylene Blue Removal
Removal efficiencies of CV and MB by PAC, PAC-mZVI, and PAC-nZVI adsorbents were researched at different pH values, and effects of pH value on adsorption capacity are shown in Figure 4. The adsorption process was significantly affected by the changing of pH value, mainly because the existence forms of functional groups on the adsorbents were changed under different acid and alkali conditions (Wang et al., 2017; Liu et al., 2018; Mwamulima et al., 2018). As shown in Figure 4, removal efficiencies of dye molecules increased with the increase of pH value at the initial stage, then gradually decreased after the maximum. Meanwhile, we could find that removal efficiencies of CV by these three different adsorbents reached the maximum when pH value was approximately at 6.0, 6.0 and 8.0, respectively.
[image: Figure 4]FIGURE 4 | Effects of pH on the removal of CV (A) and MB (B) by PAC, PAC-mZVI, and PAC-nZVI adsorbents.
This phenomenon could be attributed to the influence of structure characteristics and the point of zero charge (pHpzc) of adsorbents. As reported in previous literature, the surface of adsorbent had a positive charge at pH < pHpzc, negative charge at pH > pHpzc, and net zero charge at pH = pHpzc, respectively (Hammed et al., 2016). In this study, pHpzc of PAC, PAC-mZVI, and PAC-nZVI adsorbents was approximately 5.5, 7.0, and 8.0, respectively. At lower pH, excess H+ might compete with CV/MB molecule for adsorption sites, inhibiting the adsorption process of CV and MB onto adsorbents. Moreover, electrostatic repulsion existed between adsorbents and dye molecules, which would be also largely adverse to the adsorption of CV/MB onto adsorbents. Generally, cationic dyes were quite easily absorbed onto adsorbents with negative charges owing to the attraction of positive and negative charges. It could be concluded that excess OH− at higher pH promoted the formation of iron hydroxide, which could occupy the reactive sites on adsorbents to decrease the reduction reaction of CV/MB in this experiment (Chen et al., 2013).
Effects of Contact Time on Crystal Violet and Methylene Blue Removal
The adsorption capacities of CV and MB at 30°C are shown in Figure 5. The adsorption processes of CV/MB were generally fast at the initial stage and then leveled off with time, which was attributed to the fact that huge amounts of active vacant sites on these adsorbents were gradually occupied. As depicted in Figures 5A,B, the adsorption of CV and MB on PAC-nZVI reached equilibrium at approximately 50 h, which was slightly longer than other adsorbents. The reason was that the specific surface area of PAC-nZVI adsorbents was larger than that of other adsorbents and a large number of pores existed in the interior of the adsorbents. Moreover, the adsorption capacity of PAC-nZVI adsorbents for CV and MB arrived at 97 mg g−1 and 43 mg g−1, which was higher than that of other adsorbents. This could be attributed to the fact that both adsorption and reduction reactions were included in the removal processes of CV and MB by these three different adsorbents. PAC-nZVI adsorbents contained higher concentration of ZVI compared with that of other adsorbents, generating more active sites to promote the increase in adsorption capacity. Besides, it could be found that the absorption of MB reached the equilibrium faster than that of CV, which could be attributed to the fact that the triangular shape of CV was not beneficial when entering smaller pores compared with the chain shape of MB.
[image: Figure 5]FIGURE 5 | Effects of contact time on the removal of CV (A) and MB (B) by PAC, PAC-mZVI, and PAC-nZVI adsorbents.
Effects of Temperature on Crystal Violet and Methylene Blue Removal
Changes in adsorption capacity of CV and MB under different temperatures are depicted in Figure 6. It could be found that the adsorption capacity of CV/MB increased with the increase of temperature, indicating that the adsorption processes of dye molecules were endothermic reaction. Moreover, the phenomenon could also be explained by the fact that high temperature could promote the increase in pore size and surface area to enlarge the adsorption capacity (Liu et al., 2018). When the temperature arrived at 50°C, the adsorption capacity of PAC-nZVI for CV and MB arrived at approximately 110 and 73 mg g−1, respectively. Moreover, the change rate of adsorption capacity with time increased as the reaction temperature increased. It might be attributed to the increase in the mobility of dye molecules in aqueous solution and the formation of reactive sites on the interface of adsorbents under higher temperature (Liu et al., 2018; Mwamulima et al., 2018).
[image: Figure 6]FIGURE 6 | Effects of temperature on the removal of CV and MB by PAC, PAC-mZVI, and PAC-nZVI adsorbents.
Kinetic Study
Adsorption Kinetics
Lagergren pseudo-first-order rate (Eq. 3) (Lagergren, 1898), pseudo-second-order rate (Eq. 4) (Ho and McKay, 1999), and Weber-Morris diffusion model (Eq. 5) (Weber and Morris, 1963) were chosen to explain the kinetics of CV and MB onto these three adsorbents, which could be described as:
[image: image]
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where qe (mg g−1) and qt (mg g−1) are the adsorption capacities at equilibrium and time t, respectively. k1 (1/h), k2 (1/h), kint, and b are the constants in pseudo-first-order, pseudo-second-order, and intraparticle diffusion, respectively.
The kinetic parameters (r2, Qe, K1, and K2 values) are shown in Table 2. According to the previous literature, the optimal fitting model could be selected based on the parameter of r2 value (Wang et al., 2017). Thus, it could be found that adsorption of CV/MB onto these three adsorbents fitted the pseudo-second-order rate equations well due to the relatively better r2 values compared with that of the pseudo-first-order kinetic model. Based on the qe values calculated from the pseudo-second-order kinetics model, PAC-nZVI adsorbent showed the highest adsorption capacities at equilibrium compared with other adsorbents. These values of qe had quite good agreement with experimental results. Thus, we could deduce that chemisorption was the rate-controlling step in the removal process of CV/MB onto PAC and PAC-based ZVI adsorbents (Liu et al., 2018; Mwamulima et al., 2018).
TABLE 2 | Kinetic parameters for the adsorption of CV and MB dye on PAC and PAC-based ZVI adsorbents.
[image: Table 2]In order to further analyze the adsorption process, the Weber-Morris diffusion model was chosen to discuss the relationship between qt and t0.5 based on the intraparticle diffusion theory. If the intraparticle diffusion was a rate-limiting step, the plot of qt against t0.5 would yield a straight line with a slope of kint. As depicted in Figures 7A, B, the linear plot of qt vs. t0.5 yielded a straight line, indicating that intraparticle diffusion was a rate-limiting step. Moreover, the linear plot did not pass through the origin, illustrating that the molecular diffusion controlled the adsorption reaction rate to some extent. Thus, it could be concluded that two processes, namely, chemisorption and diffusion, affected the removal process of these dye molecules.
[image: Figure 7]FIGURE 7 | Intraparticle model for the adsorption for the adsorption of CV and MB onto PAC, PAC-mZVI, and PAC-nZVI adsorbents.
Reduction Kinetics
Based on the above research results, adsorption reaction of CV/MB by PAC and PAC-based ZVI adsorbents included adsorption and chemical reduction (Chen et al., 2013; Wang et al., 2017; Ezzatahmadi et al., 2017). Pseudo-first-order and -second-order reduction kinetic models in Eqs 6, 7 were selected to study the reduction process (Kerkez et al., 2014).
[image: image]
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where C0 (mg g−1) and Ct (mg g−1) are the concentration at the initial time and at time t; kobs (h−1) and k2 (h−1) are the rate constant of pseudo-first-order and second-order reaction, respectively.
Reduction kinetics parameters are shown in Table 3. Based on the reduction kinetics parameters, the pseudo-first-order kinetics model provided a better match of the experiment results of CV/MB dye, because of the relatively better r2 values compared with that of the pseudo-second-order kinetic model. This indicated that CV/MB reacted with ZVI in the interface of the adsorbents through a solid–liquid reaction (Wang et al., 2017; Liu et al., 2018). Moreover, the reduction processes of CV/MB by these three adsorbents were endothermic, considering the reduction kinetic rate (kobs) increased with the increase of temperature from 30 to 50°C. This was due to the fact that higher temperature could promote dye molecule transfer from aqueous solution to the surface of adsorbents (Adesemuyi et al., 2020).
TABLE 3 | Reduction kinetic parameters of CV and MB dyes on PAC and PAC-based ZVI adsorbents.
[image: Table 3]Taking PAC-mZVI adsorbent for example, kobs increased from 0.0716 to 0.0827 h−1 when the temperature increased from 30 to 50°C. It was depicted that the Kobs value of PAC-mZVI adsorbents was slightly higher, indicating that the chemical reduction reaction happened faster than that of the other two adsorbents. Based on the parameter values shown in Tables 2, 3, it could be deduced that both physical adsorption and chemical reaction might handle the removal processes of CV/MB onto these adsorbents. Meanwhile, we could also find that the adsorption process of CV/MB dye was slightly faster than the reduction process by the comparison of the parameters of K1 and Kobs (Chen et al., 2013).
Adsorption Isotherms
Adsorption isotherms could reveal the relationship of adsorption capacity of adsorbents and the concentration of adsorbates in aqueous solution, when the adsorption process reached equilibrium at a certain temperature. In this study, the Langmuir equation in Eq. 8 (Langmuir, 1918) and the Freundlich equation in Eq. 9 (Freundlich, 1906) were chosen to study the adsorption isotherms. The Langmuir equation supposed that adsorption was limited to monolayer coverage, while Freundlich isotherms assumed that the adsorption surface was heterogeneous and multilayer adsorption might be possible.
[image: image]
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where Ce (mg L−1) is the concentration of adsorbates at equilibrium, qmax (mg g−1) is the maximum adsorption capacity, and KF and n are constants related to adsorption capacity and intensity, respectively. Based on Eqs 8, 9, it could be found that the near-perfect linear fitting of 1/qe vs. 1/Ce belonged to the Langmuir model, while that of logqe versus logCe obeyed the Freundlich model. If the value of 1/n was less than 1, it might be attributed to the favorability of adsorption (Inbaraj and Chen., 2011; Fan et al., 2017).
The adsorption isotherms are depicted in Figure 8, and relevant adsorption isotherm parameters (b, Qm, 1/n, Kf) are shown in Table 4. Considering the relatively better r2 values, we could find that adsorption isotherms of CV/MB matched well with the Langmuir model. Consequently, adsorption processes of CV/MB onto PAC and PAC-based ZVI adsorbents were homogeneous and occurred at a monolayer region on the adsorbents. For the adsorption of CV dye, the Qm value of PAC-nZVI adsorbents was the greatest compared with other adsorbents. As for MB, the Qm value of PAC-nZVI adsorbents was 68, 79, and 99 mg g−1 at 30, 40, and 50°C, depicting the greatest adsorption capacity. Moreover, RL values of CV and MB were less than 1, confirming that it was favorable for CV and MB adsorbed onto these adsorbents under this reaction condition (Inbaraj and Chen., 2011).
[image: Figure 8]FIGURE 8 | Adsorption isotherms of CV and MB adsorbed onto PAC and PAC-based ZVI adsorbents, (A1) CV by PAC; (A2) MB by PAC; (B1) CV by PAC-mZVI; (B2) MB by PAC-mZVI; (C1) CV by PAC-nZVI; (C2) MB by PAC-nZVI.
TABLE 4 | Parameters for the adsorption isotherms of CV and MB on PAC and PAC-based ZVI adsorbents.
[image: Table 4]Thermodynamic Study
To analyze the effects of temperature on the adsorption, thermodynamic parameters including ΔH, ΔS, and ΔG were calculated based on the adsorption isotherms. The specific calculation method is shown as Eqs 10, 11, respectively.
[image: image]
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The parameter values of ΔH, ΔS, and ΔG are shown in Table 5. As noted, ΔG values of three different adsorbents decreased with the increase in temperature, indicating that the adsorption of CV/MB happened spontaneously. Meanwhile, ΔH values were all greater than zero, attributing to the fact that CV/MB adsorbed on adsorbents showed endothermic reactions. Moreover, values of ΔS in the adsorption processes were positive, which could further reveal the increasing randomness at the interface of solid/solution (Zhang et al., 2020a).
TABLE 5 | Thermodynamic parameters for the adsorption of CV and MB on PAC and PAC-based ZVI adsorbents.
[image: Table 5]Mechanisms of Crystal Violet and Methylene Blue Removal by Adsorbents
CV and MB in water solution were firstly adsorbed on the surface of adsorbents, and then transported into the interior pores of adsorbents through pore diffusion. During the diffusion process, both the structural features of adsorbents and adsorbates had significant effects on the adsorption of dye molecules. When the molecular size of adsorbents was smaller than pore size, adsorbates could enter the internal pores for further adsorption action. Since the molecular structures of MB (line-shaped) and CV (fork-shaped) were different, the co-influence of the pore size of adsorbents and the structure of adsorbates on the removal processes is exhibited in Figure 9A.
[image: Figure 9]FIGURE 9 | A model of dye molecule (CV, MB) removal process by PAC and PAC-based ZVI adsorbents.
CV and MB in the internal pores of adsorbents were finally adsorbed on the active sites of adsorbents, in which CV/MB was partly reduced by ZVI on the adsorbents. According to our previous research (Wang et al., 2017; Liu et al., 2018), CV was cleaved to two parts to generate new products via electrochemical reduction; however, MB reacted to its reduction state. The adsorption capacities of CV on these adsorbents were largely higher than that of MB as demonstrated in the experimental results, which might be attributed to the new products reduced from CV with smaller molecular size. Moreover, it could be deduced that specific surface area was also an important factor in the adsorption processes. The adsorption sites on the adsorbents increased with the increase in specific surface area. Based on the above discussion, the possible removal mechanisms of CV/MB from aqueous solutions on PAC and PAC-based ZVI adsorbents are proposed in Figure 9.
CONCLUSION
Adsorption of CV/MB on PAC and PAC-based ZVI adsorbents indicated that ZVI could efficiently remove cationic dyes from aqueous solution. The removal processes of CV/MB on adsorbents were significantly affected by the changing pH value, reaction time, and temperature. The adsorption capacities of CV/MB were fast in the initial stages and finally leveled off with time. The adsorption capacity increased with the increase in temperature. The adsorption processes of CV and MB onto these adsorbents all fitted well with the pseudo-second-order rate equations, and chemisorption was the rate-controlling step. The pseudo-first-order reduction kinetic model provided a better match of the adsorption process, indicating that dye molecules reacted with ZVI in the interface of adsorbents through a solid–liquid reaction, and the reduction process was endothermic. The adsorption isotherms obeyed the Langmuir model, indicating that CV/MB onto these adsorbents were homogeneous and occurred within a monolayer region on the surface of adsorbents. Compared with solid-phase iron direct reduction technology, PAC-nZVI adsorbents prepared by liquid-phase iron direct reduction technology showed higher adsorption capacity owing to the larger BET surface area and more ZVI particles. Furthermore, it was found that the properties of adsorbents (pore size, specific surface area, and chemical functional groups) and the structure characteristics of adsorbates had significant effects on the adsorption efficiency of dye molecules.
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The biodegradation of organic pollutants is the main pathway for the natural dissipation and anthropogenic remediation of polycyclic aromatic hydrocarbons (PAHs) in the environment. However, in the saline soils, the PAH biodegradation could be influenced by soil salts through altering the structures of microbial communities and physiological metabolism of degradation bacteria. In the worldwide, soils from oilfields are commonly threated by both soil salinity and PAH contamination, while the influence mechanism of soil salinity on PAH biodegradation were still unclear, especially the shifts of degradation genes and soil enzyme activities. In order to explain the responses of soils and bacterial communities, analysis was conducted including soil properties, structures of bacterial community, PAH degradation genes and soil enzyme activities during a biodegradation process of PAHs in oilfield soils. The results showed that, though low soil salinity (1% NaCl, w/w) could slightly increase PAH degradation rate, the biodegradation in high salt condition (3% NaCl, w/w) were restrained significantly. The higher the soil salinity, the lower the bacterial community diversity, copy number of degradation gene and soil enzyme activity, which could be the reason for reductions of degradation rates in saline soils. Analysis of bacterial community structure showed that, the additions of NaCl increase the abundance of salt-tolerant and halophilic genera, especially in high salt treatments where the halophilic genera dominant, such as Acinetobacter and Halomonas. Picrust2 and redundancy analysis (RDA) both revealed suppression of PAH degradation genes by soil salts, which meant the decrease of degradation microbes and should be the primary cause of reduction of PAH removal. The soil enzyme activities could be indicators for microorganisms when they are facing adverse environmental conditions.

Keywords: bacterial community composition, soil salinity, phenanthrene and pyrene, degradation genes, soil enzymes activity


INTRODUCTION

Polycyclic aromatic hydrocarbons (PAHs) are organic molecules consisting of two or more benzene or heterocyclic rings (Patel et al., 2020), which are mainly discharged from the process of thermal decomposition and recombination of organic materials such as coal, petroleum, petroleum gas and wood in nature. Due to the recalcitrance and hydrophobicity of PAHs, a great majority are eventually deposited in soil after transformation and migration (Sun et al., 2018), leading to a serious threat to human health and ecosystem security (Tsibart and Gennadiev, 2013; Sushkova et al., 2017; Zhang et al., 2018). Among the remediation processes of PAH pollution in soils (Rivas, 2006; Ghosal et al., 2016; Kuppusamy et al., 2016, 2017; Li et al., 2020; Zhang et al., 2021), the bio-augment remediation method is considered the most suitable choice because of its low economic cost, high efficiency and sustainability (Haritash and Kaushik, 2009; Ghosal et al., 2016).

Polycyclic aromatic hydrocarbon (PAH)-degrading genes in soils are valuable biomarkers for measuring the PAH degradation potentials of bacterial communities (Wang et al., 2016). The aerobic biodegradation process of PAHs by bacteria usually dominates by dioxygenases which incorporate both atoms of oxygen molecules into the substrates (Chikere and Fenibo, 2018). Dioxygenase, a multicomponent enzyme generally consisting of reductase, ferredoxin, and terminal oxygenase subunits (Ghosal et al., 2016), is categorized into ring-hydroxylating dioxygenases (RHDs) and ring cleaving dioxygenases (RCDs) (Chikere and Fenibo, 2018). PAH-RHDα are functional genes that encode the RHD enzymes responsible for the catalysis of PAH biodegradation under aerobic conditions (Song et al., 2015). Ring-hydroxylating dioxygenase genes include the classical genes like nah (Habe and Omori, 2003), phd, nag (Muangchinda et al., 2015), nid, pdo, dfn/fln, and nar (Xia et al., 2015; Chikere and Fenibo, 2018). C12O, encoding catechol 1, 2-dioxygenase, associates with cleavage of the last aromatic ring in the degradation pathway of PAHs (Han et al., 2014). The quantity and expression of these genes are very important during the biodegradation of PAHs (Ghosal et al., 2016; Liao et al., 2021).

Soil enzymes are also common representations of soil biochemical characteristics, which are produced by soil microorganisms (Cortés-Lorenzo et al., 2012; Singh, 2015; Azadi and Raiesi, 2021). Soil catalase (S-CAT) can decompose hydrogen peroxide in soil and reduce the damage of excessive accumulation of hydrogen peroxide to soil microorganisms (Sun et al., 2021). Soil polyphenol oxidase (S-PPO) is an oxidoreductase that can oxidize aromatic compounds into quinones (Sullivan, 2014). Besides, soil dehydrogenase (S-DHA), reflecting the amount of active microorganisms and their degradation ability of organic matter, can be used to evaluate the degradation performance (Lu et al., 2017). The activities of these enzymes in soils are usually the most sensitive indicators to environmental changes, and their activities are always affected by soil conditions through shifting the synthesis and structure of local microorganisms (Teng and Chen, 2019; Azadi and Raiesi, 2021).

Soils in onshore oilfields are commonly suffered by multiple environmental stresses including PAHs contamination and soil salinization (Nie et al., 2009; Cheng et al., 2017). Actually, soil salts are vital factors for microorganisms during their physiological metabolic activities and important substances to maintain cells’ osmotic equilibrium (Lozupone and Knight, 2007; Rath and Rousk, 2015; Rath et al., 2019; Yang et al., 2020; Zhao et al., 2020). However, high salinity can result in dehydration or lysis of cells for microbes, then decrease microbial functions in soils (Singh, 2015; Yang et al., 2020). For microbes with salt tolerance, osmotic substances will accumulate in cells and thereby enhance the adaptation of microorganisms to salts (Hagemann, 2011; Asghar et al., 2012).

Although former studies have reported effects of the salinity on PAH degradation in soils, it is still unclear how microbial communities relate to changes of degradation genes and soil enzymes with increasing salinity. In this study, a 30-day soil remediation of PAHs under 3 salinity gradients (addition of 0, 1%, and 3% of NaCl, w/w) was conducted. The goals were to provide a better understanding of effect mechanisms of soil salinity on the degradation rate during a bio-augmented remediation of PAHs under salinity changes. The objectives are as follows: (1) to reveal the influence of salinity on composition and diversity of the bacterial community, and (2) to elucidate the response characteristic of functional genes and soil enzymes related to PAH degradation. The results reveal the effect extent of soil salinity on bioremediation of PAH and provide a new perspective for the assessment and remediation of PAHs in extreme environment including but not limited to oilfield soils.



MATERIALS AND METHODS


Experimental Design

In this study, bacteria colonies were isolated and enriched directly from oil-contaminated soil in the Shengli oilfield, China. The bacteria consortium, passed on NCBI database by Yang Li (Qilu University of Technology Shandong Academy of Sciences, Jinan, China), had been proven to have a synergistic biodegradation ability for PAHs in a former experiment. The soils used in this study were collected from the Shengli Oilfield of China. The sampling site was not obviously polluted by crude oil, but had beared long-term oil exploitation since the 1960s. After air dried and ground through a 10-mesh sieve, the soils were spiked with phenanthrene (PHE) and pyrene (PYR) thoroughly to make their concentrations to 200 mg/kg and 50 mg/kg in soils, respectively. Then appropriate sterilized water was added to make the soil moisture to approximately 20%. One portion of the soil was subjected to the measurement of the basic physicochemical properties of the soil, and another was prepared for the PAH degradation experiment.

After a month of aging process, the soil was divided into three parts, named LS treatment, S1 treatment and S3 treatment, respectively. Approximately 1% sodium chloride (NaCl, w/w) was added to S1 treatment, and 3% NaCl (w/w) was added to S3 treatment. The mixture was placed in a plastic sterilized box. Each box was equipped several 0.22μm filters on the cover, in order to ensure the normal respiration of soil, and prevent the influence of microorganisms from the air. Soil samples were cultured at 25°C for 30 days. All treatments were set with 3 replicates. And during each sample collection, triplicate samples were collected for chemical and biological analysis.



Determinations of Physico-Chemical Properties and Polycyclic Aromatic Hydrocarbons in Soils

The pH of the soil and the electrical conductivity (EC) method were used to evaluate soil salinity (Bañón et al., 2021), The percentage of weight loss of organic matter on ignition (WSOI%) method was used to determine the soil organic matter (OM) content (Nakhli et al., 2019). The obtained samples were air-dried in the shade and passed through a 60-mesh standard sieve before analysis. Ultrasonic solvent extraction technology was used to extract PAHs from soil (Pan et al., 2013; Liao et al., 2021). A high-performance liquid chromatography (HPLC) system (Agilent, United States) equipped with a fluorescence detector (RF-10AXL) was utilized to analyze PAH concentrations (Geng et al., 2022). The soil enzymes activities of S-CAT, S-PPO and S-DHA were determined as follows: enzymes were extracted from prepared soil samples by enzyme kits and the activities were determined via a microplate reader (iMark, BIO-RAD, United States) (Li et al., 2019a).



Analysis of Microbial Community and Degradation Genes

Genomic DNA was extracted from the fresh soil samples using the Mag-Bind® Soil DNA Kit M5635-02 (Omega Bio-Tek, United States). A Nanodrop 2000 spectrophotometer (Thermo, United States) was used to check the quality and concentration of the extracted DNA. The two genes (C12O and PAH-RHDα) were amplified in a triplicate and quantified using an MA-6000 real-time fluorescence quantitative PCR instrument. The primers were synthesized following former studies (Muangchinda et al., 2015; Wang et al., 2020). The reaction system was an 8 μl template dilution sample and 8 μl mixture A. The thermal cycle reaction procedure of qPCR was as follows: 5min at 95°C for stage 1, 15 s at 95°C and 30 s at 60°C for stage 2. The whole process was conducted for 40 cycles.

Shanghai Personal Biotechnology Co., Ltd was commissioned to accomplish the composition spectrum analysis of microbial community diversity. In brief, the V3–V4 region of the bacterial 16S rRNA genes was amplified with the forward primer 338F (5′-ACTCCTACGGGAGGCAGCA-3′) and the reverse primer 806R (5′-GGACTACHVGGGTWTCTAAT-3′) (Xu et al., 2021). Agencourt AMPure Beads (Beckman Coulter, Indianapolis, IN) were used for the purification of PCR amplicons, and the PicoGreen dsDNA Assay Kit (Invitrogen, Carlsbad, CA, United States) was used for quantitative measurement. After the above stages, amplicons were pooled in equal amounts, and sequencing was performed on the Illumina MiSeq platform with MiSeq Reagent Kit v3.



Data Statistical Analysis

Before statistical analysis, Kolmogorov-Smirnov and Levene’s tests were carried out to test the normality and homogeneity of differences (Liu et al., 2021). Excel 2020 (Microsoft, United States) was used for preliminary data statistics and processing. Origin (Version 2020) (Origin Laboratories, Ltd, United States) was mainly used to draw statistical graphs. All data are derived from the mean value in triplicate. SPSS Software (International Business Machines Corp, United States) was used to analyze the differences with one-way analysis of variance (ANOVA) or a non-parametric test. Picrust2 software1 was used to predict the function of soil bacteria (KEGG).2 The community structure of bacteria was analyzed via QIIME2 and R language. To comprehensively evaluate the characteristics of microbial community diversity, alpha diversity was utilized. The Chao1 index was used to represent richness, the Shannon and Simpson indices represented diversity, and Pielou’s evenness index represented evenness.




RESULTS AND DISCUSSION


The Removal Percentage of Polycyclic Aromatic Hydrocarbons in Soil

Figure 1 demonstrates the percentage removal of PHE and PHY from soil samples at different time points. After 30 days of incubation, significant differences (P < 0.05) in the removal of PAHs were obtained from soils treated with different salinities. On the 7th day (Figure 1A), there was no significant difference of removal rates of PHE and PYR among the three treatments (P > 0.05), though values of degradation rate were higher in lower salinity soils than in the higher. However, on the 30th day (Figure 1B), the removal percentages of PHE and PYR in the LS treatment reached 64.52% and 57.83%, respectively, and the S1 treatment had the highest removal percentages of 81.85% and 60.33%, respectively. This indicated that appropriate salinity could probably promote the removal rate of PHE in soils (Wang et al., 2020). Compared with LS and S1, the addition of 3% NaCl (w/w) significantly decreased the degradation of PAHs, leading to removal of 39.95% and 35.54% for PHE and PYR, respectively. Many previous studies have revealed a similar result: decreased PAHs removal was caused by salinity stress (Ibekwe et al., 2018; Wang et al., 2019).
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FIGURE 1. Percent removal of PHE and PYR in treatments under different salinities. (A) the 7th day, (B) the 30th day. Error bars represent standard deviations of triplicate samples. Different letters indicate significant differences between the different salinity treatments at P < 0.05.




Changes of Soil Properties Under Salt Stress

Soil enzymes, pH, EC and WSOI% were selected to reflect processes of biochemical reactions in the soils. As shown in Supplementary Table 1, pH values remained stable among different treatments of S1, S3 and LS and different sampling times. Soil conductivity and contents of organic matter were significantly influenced by the gradient salinities (P < 0.05).

Soil enzymes as catalysts of biochemical conversion and the biodegradation of PAHs have been studied intensively (Lipińska et al., 2015). In this study, the activities of three common soil enzymes (S-CAT, S-PPO and S-DHA) under different soil salinities and sampling times were analyzed to evaluate the changes in the microbial community and metabolic processes (Figure 2). Supplementary Table 2 showed the results of the difference analysis of enzyme activities between samples from the 7th day and 30th day. The results showed that the activities of these enzymes significantly decreased with increasing soil salinity (P < 0.05). All of the highest activities were found in the treatment with the lowest salinity (LS treatment).
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FIGURE 2. Soil enzyme activities in the LS, S1 and S3 treatments. (A) the 7th day, (B) the 30th day. Different letters over columns represent significant differences among treatments at the p < 0.05 level of LSD post hoc comparison tests.


Soil catalase (S-CAT), a common antioxidant enzyme in soil (Sun et al., 2021), can be used as an indicator of soil biomass to some extent, and soils with high biomass usually have higher catalase activity (Chabot et al., 2020). The results in Figure 1 show that the highest S-CAT activity was observed in the LS treatment, indicating that the addition of sodium chloride reduced the S-CAT activity. On the 7th day, there was no significant difference in S-CAT activity between S1 and S3 treatments, but the difference became more pronounced in the two treatments as the incubation time progressed. The reduction of catalase activity in the high salt state leaded to a lower antioxidant capacity of soil microorganisms, which results in higher residual PAHs than in the low salt state.

Activities of S-PPO and S-DHA are both important enzymes for the breakdown of cyclic organic matter and represent the bioremediation capacity (Lu et al., 2017). In this study, these two enzyme activities were significantly decreased by the addition of salt (P < 0.05). This was the result of a significant inhibitory effect of the soil salinity on microbial degradation abilities of organic matters. Comparing the change in enzyme activity from the 7th day to the 30th day, the LS treatment showed the greatest change in S-DHA activity with a significant decrease of 67.89%. This may be because activity of S-DHA is an indicator of total biological activity, and bacteria without PAH-degrading abilities or that are less adapted to the environment undergo apoptosis. Li et al. (2019b) also pointed out that the increase in S-DHA activity was due to an increase in the total number of microorganisms. However, this change was absent in the treatments with relatively high salinity (S1 and S3). The reason was probably that salinity has a filter function of eliminating poorly adapted bacteria. Then the halophilic bacteria remained and were well adapted to their environment.



Abundance of Polycyclic Aromatic Hydrocarbon-Degrading Genes in Contaminated Soil

The biodegradation of PAHs in soil depends on a variety of functional genes, which are valuable biomarkers for evaluating the potential of PAH degradation (Yang et al., 2015). Real-time quantification PCR(RT-qPCR) was applied to quantify the absolute abundance of the PHA-RHDα and C12O genes (Figure 3). In general, the salt in soils gave a prominent stress to bacteria and mainly decreased the total abundance of PAH-degrading genes with salinity. The copy number of degradation genes was an indicator of PAH-degrading microbial abundance, the decrease of which signified a decrease of PAH-degrading microorganisms. All values of gene copies of PAH-RHDα in the lower salinity treatment were higher than those in higher soils. The copy numbers of the C12O gene showed an upward trend from S1 to S3 on the 30th day, which meant that several PAH-degrading bacteria in the S3 treatment were halophilic and thrived under high salinity conditions. Previous studies have also reported the growth and metabolism of Halobacillus (Li et al., 2012), a halophilic microorganism containing the C12O gene, under high salinity (Delgado-García et al., 2018). However, there was no significant difference in the gene copies between S1 and S3 (P = 0.254), which could be explained by the same role played by the mildly halophilic bacteria in both the S1 and S3 treatments.
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FIGURE 3. Absolute abundance of the C12O gene and PAH-RHDα gene under the different salinity treatments. (A) the gene of C12O, (B) the gene of PAH-RHDα. Different letters over columns represent significant differences among treatments at the p < 0.05 level of LSD post hoc comparison tests.


Picrust2 analysis was also conducted to predict the functional genes in relative quantity of each soil treatment. Eight genes associated with the PAH degradation (Li et al., 2019b) were selected to show significant variations among different treatments (Figure 4). From the 7th day to the 30th day, all numbers of these functional genes decreased. On the 7th day, the average percentages of all genes showed the lowest values in S3 treatment and the highest in the LS. The results were associated with the bacterial genera carrying PAH degradation genes (Wang et al., 2021a). On the 30th day, the average proportions of genes like k00452, k04101and k04100, increased in S1 treatment, which may be due to the abundance of bacteria containing these genes increased, and they were tolerant to the salt stress extent in the treatment of S1 (Liao et al., 2021). For the other genes, the highest abundances were only found in the LS treatment, which meant most PAH degradation bacteria were not salt-tolerant and leaded to a restrained degradation rate in high salinity soils.
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FIGURE 4. Mean proportions of the functional genes associated with the degradation of PAHs in soil after 7 days (A) and 30 (B) days of incubation. K00452 HAAO; 3-hydroxyanthranilate 3,4-dioxygenase [EC:1.13.11.6]; K04101 ligB; protocatechuate 4,5-dioxygenase, beta chain [EC:1.13.11.8]; K04100 ligA; protocatechuate 4,5-dioxygenase, alpha chain [EC:1.13.11.8]; K00480 salicylate hydroxylase [EC:1.14.13.1]; K14578 nahAb, nagAb, ndoA, nbzAb, dntAb; naphthalene 1,2-dioxygenase ferredoxin component; K14581 nahAa, nagAa, ndoR, nbzAa, dntAa; naphthalene 1,2-dioxygenase ferredoxin reductase component [EC:1.18.1.7]; K14583 nahC; 1,2-dihydroxynaphthalene dioxygenase [EC:1.13.11.56]; K14579 nahAc, ndoB, nbzAc, dntAc; naphthalene 1,2-dioxygenase subunit alpha [EC:1.14.12.12 1.14.12.23 1.14.12.24].




Responses of Soil Microbial Community Structure to Salt Stress

Bacteria in soils usually dominate microbial communities (Pesce et al., 2018) and play a key role in the dissipation of PAHs in soils (Li et al., 2019b). In order to discuss the effect of salt stress on the microorganisms in soils, 16S rRNA sequence was conducted to analyze the structure and diversity of bacterial communities. The results showed that salt stress caused significant differences in the formation of microbial community structure from the control treatment.

Alpha diversity analysis was used to evaluate the bacterial diversity and richness during incubation (Liao et al., 2021). A rarefaction curve (Supplementary Figure 1) was exhibited to show the sequenced quantities of all soil samples could effectively and accurately cover and estimate all microbial communities (Xu et al., 2021). The four commonly used alpha diversity indices were shown in Figure 5, which indicates that all the mean values of alpha diversity indices followed the trend of LS > S1 > S3. That is, the higher the salinity of soils from each treatment, the lower the value of the alpha diversity index, and then the more uneven the distribution of the soil bacterial community. Considering that salinity was the only factor that varied among the treatments, the results of alpha diversity analysis further proved that salinity had an appreciable impact on soil microbial diversity, richness and evenness.
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FIGURE 5. Alpha diversity index of bacterial communities in soils from the different salinity treatments. (A) the 7th day, (B) the 30th day.


Principal coordinates analysis (PCoA) based on Bray-Curtis distances was applied to analyze the overall structural variations of microbial structure (Figure 6). The components of PCoA1 and PCoA2 could explain 69.60% and 11.20% of the variance along their axes, respectively. The loading values of PCo1 were greatly affected by salinity and increased with the soil salinity of the treatment. In the plot, samples from different treatments separated well, which suggested significant differences among different soil salinities (P < 0.05). This result was consistent with the findings of alpha diversity analysis.
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FIGURE 6. Principal coordinates analysis (PCoA) of bacterial communities in soils from the different salinity treatments.


The statistics of taxon number under different treatments (Supplementary Figure 2) also revealed an increase in species richness over time and a decrease with salinity. The relative abundance and taxonomic analysis of soil microbial communities (Supplementary Table 3) demonstrated that Proteobacteria was the dominant phylum in all treatments (Cycil et al., 2020), accounting for the highest proportion of 89.20%-98.31%. Among the different treatments, the abundance was in accordance with the trend of LS < S1 < S3. The relative abundances of other phyla, including Bacteroidetes (0.26%–4.36%), Firmicutes (0.92%–3.20%), Actinobacteria (0.31%–3.55%), and Chloroflexi (0.01%–0.06%), decreased with the increase of soil salinity (De León-Lorenzana et al., 2018). Proteobacteria, Bacteroidetes, Firmicutes, Actinobacteria, and Chloroflexi have been reported to contain many genera associated with the degradation of aromatic hydrocarbons (Muangchinda et al., 2015) and to predominate in PAH-contaminated soils (Ma et al., 2016; Li et al., 2019b). The abundance of Proteobacteria usually increased with soil salinity (Wang et al., 2021b), and dominated the microbe communities under salt stress (Li et al., 2019a).

Furthermore, the genus in salt-stress associated with PAH degradation deserve increasing attentions (Xu et al., 2019; Wang et al., 2020; Zhang et al., 2021). Figure 7 shows the bacterial composition at the genus level. The most frequently observed bacterial genus was Acinetobacter, accounting for 36.05%–81.07%, which was reported to be easier to adapt to salinity (Zhang et al., 2021). Halomonas, accounting for 0.28%–18.08%, showed a similar distribution characteristic to Acinetobacter with higher relative abundance in high salt treatment (Wang et al., 2020). In addition, the genera Marinobacter, Croceicoccus, Stenotrophomonas, Pseudomonas, and Georgenia were negatively affected by salinity and restrained the relative abundance. The relative abundance of other low-abundance bacteria, such as Salinimicrobium and Clostridiisalibacter, increased over time and decreased with increasing salinity (Figure 7).
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FIGURE 7. Relative abundance of different bacteria at the genus level in soils from different treatments.


Among the top 20 bacterial genera, 10 bacterial genera have been previously reported as PAH-degrading bacteria (Fernández-Luqueño et al., 2011; Kappell et al., 2014; Huang et al., 2015; Muangchinda et al., 2015; Ghosal et al., 2016; Sun et al., 2018), including Acinetobacter, Marinobacter, Halomonas, Croceicoccus, Stenotrophomonas, Pseudomonas, Clostridiisalibacter, Ochrobactrum, Methylophaga, and Altererythrobacter. As shown in Figure 8, the addition of salinity significantly decreased the relative abundance of some targeted genera in the treatment such as Marinobacter, Salinimicrobium etc., while others were enriched. Compared with the treatment of S1 and S3. LS treatment showed higher relative abundances of Marinobacter, Salinimicrobium, Croceicoccus, Stenotrophomonas Pseudomonas, Orchrobactrum, Methylophaga, and Altererythrobacter which were reported to be positively correlated with the removal percent of PAHs (Li et al., 2019b; Wang et al., 2020). Caminicella, Sedimentibacter, Caenispirillum, and Gerogenia were enriched only in the low salinity treatments, which may participate in the enhanced degradation of PAHs. In addition, salinity promoted an increase in some genera, including Acinetobacter, Halomonas, and Clostridiisalibacter. Moreover, the highest abundance of Acinetobacter and Halomonas appeared in the S3 treatments (Wang et al., 2020; Zhang et al., 2021). It suggested that salt application led to a decrease in soil microbial diversity, which was consistent with the results of alpha diversity. Besides, some low abundance genera associated with PAH degradation are also worth of interest and future attention, as biodegradation in complex soils occurs through synergistic interactions between bacteria (Adam et al., 2017).
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FIGURE 8. Heatmap of the top 20 genera in soils from each treatment.




Correlation Analysis of Soil Physical and Chemical Properties, Degradation Genes, Soil Enzyme Activities and Soil Microorganisms

Redundancy analysis (RDA) was conducted based on the correlation between pH, EC, WSOI%, degradation genes, soil enzyme activities and the top 10 bacterial genera in relative abundance (Figure 9). The results showed that soil physico-chemical properties had a significant effect on the composition and function of the microbial community (P = 0.001). Electrical Conductivity value was the most important factor affecting the structure of soil flora and the relative abundance of species, followed by soil enzyme activity and organic matter content. The soil conductivities were positively correlated with the organic matter and some halophilic bacteria, such as Halomonasas and Acinetobacter, while negatively correlated with soil enzyme activities, PAH degradation, and pH. That is to say, in higher salinity treatments, the PAH degradation rate, soil enzyme and degradation genes will be lower. This is in accordance with other results discussed above in this paper.
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FIGURE 9. Redundancy analysis (RDA) ordination plot to show the relationships among the soil physicochemical parameters, degradation genes, enzyme activities and the relative abundance of top 10 bacterial genera. The red arrow represents the species, and the length of the arrow represents the variability of species in the sorting space. The blue arrow line represents the influencing factor, and the length represents the influence of the factor on the composition and function of the flora.


Halomonasas, Acinetobacter, and Marinobacter are the three largest variants of the different species in the sorting space. The relative abundances of Halomonas and Acinetobacter were positively correlated with the soil salinity, indicating that these genera were important participants in the degradation process of PAHs during a relatively high saline environment (Czarny et al., 2020; Wright et al., 2020). However, there was a significant negative correlation between these two genera and the PAH degradation genes, indicating that these bacteria may not participate in PAH degradation directly. Wang et al. (2020) has proved that Halomonas cannot degrade PHE directly in experiments. The relative abundances of Marinobacter and other genera, including Croceicoccus, Stenotrophomonas, Pseudomonas, and Salinimicrobium, were all negatively correlated with the soil salinity, while positively correlated with pH, PAHs degradation genes and soil enzyme activities. These genera were reported to be the main force of PAH degradation in low salinity treatment (Wang et al., 2020). Marinobacter proved to require the cooperation of other bacteria during the biodegradation of PAHs (Cui et al., 2014), which led to a relatively low degradation rate of PAHs in high salinity soils. Soils with lower salinities had higher community diversity and richness, which led to a higher cooperation rate between different bacteria and then a higher PAH removal rate.




CONCLUSION

This study illuminated the effects of salinity on the PAH removal rate, soil enzyme activities, degradation gene abundance, and the structural changes of the soil bacterial community.


(1)The PAH degradation rate increased slightly in low saline soils, while were restrained significantly in high salt conditions.

(2)With increasing of soil salinity, not only the bacterial community diversity decreased, but also abundance of degradation gene and soil enzymes. This result could be responsible for the reduction of degradation rate in saline soils.

(3)The microbial community was filtered in high salt treatments and dominated by salt-tolerant and halophilic genera, such as Acinetobacter and Halomonas.

(4)Correlation analysis confirmed that, soil salinity was negatively related with PAH degradation, abundance of functional genes and soil enzyme activities, while positively related with some halophilic genera.
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This study aimed to explore the performance of denitrification deep-bed filter (DN-DBF) to treat municipal sewage for meeting a more stringent discharge standard of total nitrogen (TN) (10.0 mg L–1). A lab-scale DN-DBF was conducted to optimize operation parameters and reveal the microbiological mechanism for TN removal. The results showed that more than 12.7% TN removal was obtained by adding methanol compared with sodium acetate. The effluent TN concentration reached 6.0–7.0 mg L–1 with the optimal influent carbon and nitrogen ratio (C/N) and hydraulic retention time (HRT) (3:1 and 0.25 h). For the nitrogen removal mechanism, Blastocatellaceae_Subgroup_4 and norank_o_JG30-KF-CM45 were dominant denitrification floras with an abundance of 6–10%. Though large TN was removed at the top layer of DN-DBF, microbial richness and diversity at the middle layer were higher than both ends. However, the relative abundance of nitrite reductase enzymes (EC1.7.2.1) gradually increases as the depth increases; conversely, the relative abundance of nitrous oxide reductase gradually decreased.

Keywords: advanced treatment, denitrification deep-bed filter, conditions optimization, total nitrogen, metabolic pathway


INTRODUCTION

Eutrophication, caused by excessive discharged nutrients (nitrogen and phosphorus) from wastewater treatment plants, has become one of the most urgent problems and gained significant attention in recent years (Piao and Kim, 2016). In some regions with sensitive aquatic ecology in China, the total nitrogen (TN) concentration is limited to less than 10.0 mg L–1, which is superior to Chinese integrated wastewater discharge standard first-A (TN ≤ 15 mg L–1). However, the traditional secondary biological treatment was difficult to meet due to the strict TN discharge standard (Li et al., 2014). Hence, more and more advanced treatment technologies are needed to control TN discharge and protect the limited water sources.

Tertiary denitrification was required to further remove the nitrate nitrogen (NO3–-N) so as to achieve a high TN discharging standard since NO3–-N is the major component of TN in a secondary effluent. Denitrification deep-bed filter (DN-DBF) could transform NO3–-N to N2 and be considered to be an effective means to improve TN removal efficiency (Husband et al., 2014; Löwenberg et al., 2016; Shi et al., 2016). However, previous studies on DN-DBF just to meet one-class A discharge standard, for the parameters [such as carbon source type, chemical oxygen demand (COD) and TN (C/N) ratio, and hydraulic retention time (HRT)] of further advanced treatment were not yet clear (Cao et al., 2016; Xu et al., 2016).

Carbon source type and dosage play important roles that need to be optimized during the tertiary denitrification process for meeting a higher discharge standard. Many materials could be utilized as carbon sources, such as waste paper (Bao et al., 2016; Haske-Cornelius et al., 2021), biodegradable polymer (Wang et al., 2021), and wheat straw (Khokhar et al., 2014; Liu et al., 2021). Readily biodegradable organic matters are the optimal electron donors compared with refractory organic and other electron donors (Cao et al., 2016; Luo et al., 2020). Meanwhile, an insufficient dose would result in a low denitrification rate, while COD concentration would not meet the discharge standard when excessive dosage carbon sources are added (Ge et al., 2012). On the other hand, a conflict exists between TN removal efficiency and construction cost, which results from too long or too short HRT. Hence, appropriate C/N ratios and HRT should be optimized to achieve the optimum denitrification effect.

Meanwhile, microbial action in DN-DBF restricts the performance of TN removal, which indicates that it is necessary to analyze the characteristics of the microbial community in DN-DBF to reveal the mechanism of TN removal. Microbial communities and functional microorganisms in wastewater treatment are closely related to environmental and operational conditions (Adrados et al., 2014; Feng and Tong, 2015). Previous studies reported that the dominant denitrifying bacterial genera were Dechloromonas, Acidovorax, Bosea, Polaromonas, and Chryseobacterium, and particle sizes and packing type affected the community composition diversity (Tian and Wang, 2021; Yang et al., 2021). However, current studies only focused on the changes of microbial communities, but few on metabolic pathways.

Therefore, this study optimized operating parameters (carbon source type, C/N, and HRT) and investigated the performance of DN-DBF to ensure effluent compliance with the TN discharge standard (10.0 mg L–1). Besides, high-throughput sequencing technology was applied to reveal the degradation mechanism of pollutants.



MATERIALS AND METHODS


Experimental Systems

The tertiary DN-DBF (Figure 1) was made from a plexiglass column with a diameter of 100 mm and a height of 1.8 m, and packed with 2–3 mm sizes of quartz sand. The packed height was 1.1 m, and a 0.3 m support gravel stone layer was set under that. The porosity and bulk density were 0.42 and 1.18 kg m3, respectively. The effluent of micro-coagulated was pumped to the top of DN-DBF and the effluent was discharged at the bottom. Besides, the sampling points and piezometers were installed on both sides of the DN-DBF and the intervals were 100 and 200 mm, respectively. The filtering media were backwashed every 24 h for 16 min by combined air and water for 8 min and water backwashing for 8 min. During backwashing, the air flow rate was 95.5 m h–1 and the water flow rate was 31.8 m h–1.


[image: image]

FIGURE 1. Schematic diagram of the denitrification deep bed filter.


The secondary effluent was collected from an anaerobic-multistage anaerobic/oxic (A-MAO) process to a micro-flocculation tank, in which phosphorus was removed by polyaluminium chloride (PAC). The flocs were subsided in the settling tank, and the effluent was pumped into DN-DBF with external organic carbon. The main characteristics of the secondary effluent from the A-MAO process and the influent of DN-DBF are summarized in Table 1.


TABLE 1. Main characteristics of influent wastewater.
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System Performance and Batch Experiments

Operating conditions of the DN-DBF are shown in Table 2. Carbon source type [methanol (CH3OH) and sodium acetate (NaAC)], C/N (7.0–8.0, 5.0–6.0, 4.0–5.0, 3.0–4.0, and 1.5–3.0), and HRT (0.5, 0.25, and 0.1 h) were investigated by long-time batch experiments at different periods. Under steady state, samples were taken at 0, 10, 30, 50, 70, 90, and 110 cm along the DN-DBF depth, and TN and COD concentrations were tested so as to investigate denitrification performance. Besides, the biomass attached on quartz sand samples and suspended biofilm were taken and measured from the DN-DBF regularly.


TABLE 2. Operation parameters of different stages.
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Chemical Analysis Methods

Samples were collected from the micro-flocculation setting tank and effluent of DN-DBF once a day. Besides, samples in different depths were collected when the system was in stable operation. COD, TN, ammonia nitrogen (NH4+-N), NO3–-N, and total phosphorus (TP) were analyzed according to standard methods (APHA, 2005). Biofilm biomass was determined using the weighted method. pH and temperature were monitored online by using WTW pH/Oxi 340i meter with dissolved oxygen (DO) and pH probes (WTW, Germany).



Microbiological Analysis Methods

In order to evaluate the diversity of microbial community structure of the DN-DBF system, three biofilm samples were collected at the 95th day from three parts (10, 50, and 100 cm). The total DNA was extracted with the Fast DNA Spin Kit for Soil (MP Biomedicals, Santa Ana, CA, United States). The purified DNA was applied in polymerase chain reaction (PCR) analysis by PCR instrument (9700, GeneAmp® ABI, Foster City, CA, United States) with the primer set of 338F (50-ACTCCTACGGGAGGCAGCA-30) and 806R (50-GGACTACCAGGGTATCTAAT-30). Besides, the PCR programs were as follows: initial denaturation at 95°C for 3 min; followed by 30 cycles of denaturation at 95°C for 30 s, annealing at 45°C for 30 s, elongation at 72°C for 45 s; and finally at 72°C for 10 min and 10°C until halted by user. The amplicons were sequenced on an Illumina MiSeq platform by Majorbio company (Shanghai, China). The original image data files were transformed into original sequencing sequence by CASAVA base recognition analysis, and the results were stored in FASTQ file format.

Paired-end reads of the original DNA fragments were merged using Trimmomatic and FLASH softwares (V1.2.71) (Magoc and Salzberg, 2011), and sequencing reads were assigned to each sample based on a unique barcode. Mothur version v.1.30.1 was used to calculate microbial richness and diversity (ACE index, Chao 1 index, Simpson index, and Shannon index) (Schloss et al., 2011). The operational taxonomic units (OTUs) were assigned with Usearch software (version 7.12), and all sequence column similarities within a stationary threshold (>97%) were combined together to be considered as one of the OTUs. Microbial abundance at the phylum and genus levels was counted depending on taxonomic data.

PICRUSt software3 was used to remove the 16S marker gene, and Non-supervised Orthologous Groups (eggNOG)4 databases and Kyoto Encyclopedia of Genes and Genomes (KEGG)5 were used to conduct the 16S rRNA functional prediction.




RESULTS AND DISCUSSION


Optimization of Denitrification Deep-Bed Filter Operating Conditions


Carbon Source Types

CH3OH and NaAC were added to DN-DBF. The effect of carbon source types on denitrification was compared, as shown in Figure 2A. The average TN removal efficiency was 41.11 and 51.04% with an effluent concentration of 8.09 and 6.80 mg L–1, respectively, when equal COD was dosed by CH3OH and NaAC. More 10% removal efficiency and 1.29 mg L–1 TN were removed by CH3OH than NaAC with 0.598 and 0.750 kg (m3 d)–1 TN translated into N2, respectively. Therefore, CH3OH was the optimal carbon source for denitrification of DN-DBF. The denitrification rate of using CH3OH as carbon source was higher than NaAC, even compared to previous studies in other bioreactor configurations (Table 3).
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FIGURE 2. Effect of operating conditions on TN removal (A) Carbon source types, (B,C) C/N ratios, (D) HRT.



TABLE 3. Performance comparisons with other bioreactor configurations.

[image: Table 3]
Due to the low cost and high efficiency of CH3OH and NaAC, they have been widely used by many sorts of denitrification process (Wei et al., 2016). CH3OH and NaAC requirement correlated with the removal of NO3–-N could be estimated by Eqs 1, 2; 2.47 g CH3OH (about 3.7 g COD) and 5.60 g CH3OONa (about 4.37 g COD) were consumed to transform 1 g NO3– to N2. Therefore, more NaAC was consumed to achieve the denitrification process. Previous studies have shown that carbon source switchover resulted to the change of microbial community structure (Liang et al., 2014). Therefore, the difference in denitrification efficiency between methanol and sodium acetate may be caused by the difference in microbial community structure.
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C/N Ratio

Five C/N ratios (7.0–8.0, 5.0–6.0, 4.0–5.0, 3.0–4.0, and 1.5–3.0) were examined to study the effect of their nitrogen removing performance on DN-DBF. As shown in Figure 2B, TN removal efficiency gradually decreased and the concentration in effluent rose as the C/N radio reduced. The removal efficiency of TN maintained stable vibration that ranged from 72.05 to 88.89% and effluent concentration was 1.38–3.54 mg L–1 when C/N ratio exceeded 4. With further reduction of C/N, stable TN removal performance was destroyed and the efficiency dropped to 13.65–25.33% with high TN concentration (10.20–15.39 mg L–1) in the effluent.

In addition, it should be noted that large-dosage carbon sources resulted in less TN concentration in the effluent, and excessive COD concentration would not meet the discharge standard, while an insufficient dose would lead to a low denitrification rate. COD in effluent was 21.36–46.32 mg L–1 at the first three periods (C/N was 7.0–8.0, 5.0–6.0, and 4.0–5.0). Though the COD value was inferior to discharge standard, the utilization of carbon source was low and more COD was wasted (Figure 2B). However, TN was over 10 mg L–1 with a low-concentration COD (15.51–18.32 mg L–1) when C/N was below 3.0. Hence, the optimal and economical influent C/N was 3.0–4.0, which could meet the TN discharge standard (10.0 mg L–1).

The theoretical demand of COD and actual consumption value is demonstrated in Figure 2C. The theoretical demand of COD was correlated by Eq. 1 and its less than actual consumption was due to the fact that partial carbon source was consumed or degraded by other processes instead of denitrification. Meanwhile, part of NO3–-N was absorbed for assimilation in the biological reactor (Constantin and Fick, 1997; Zhang et al., 2021). Cheng and Lin (1993) utilized methanol as a carbon source for denitrification and established the theoretical C/N ratio of 0.71. Wang et al. (2009) found that low C/N (C/N = 1) was not sufficient for the denitrification bacteria to grow. Nevertheless, Gómez et al. (2000), Fan et al. (2001), and Wei et al. (2016) concluded that the optimal C/N ratio was 1.25, 1.1, and 2.2 for denitrification with methanol as the electron donor, which was inconsistent with this study.



Hydraulic Retention Time

Hydraulic retention time, as another important parameter for DN-DBF, restricts the denitrification performance and the occupied area of structure. Figure 2D showed the effect of different HRT (0.5, 0.25, and 0.1 h) on TN removal. TN removal efficiency decreased and effluent concentration increased with the tightening of HRT, and the average TN removal efficiency was 63.37 and 49.47% with the effluent concentration of 4.75 and 6.59 mg L–1 when HRT was 0.5 and 0.25 h, respectively, while the steep increase of TN concentration in the effluent (average concentration was 10.08 mg L–1) reflected the fact that 0.1 h could not meet the discharge standard and the optimal and economical HRT was 0.25 h.

Denitrification is a rapid process of nitrogen conversion compared with the ammonia oxidation process. Farabegoli et al. (2003) drew a conclusion that 55% TN removal efficiency was obtained when influent TN concentration was 15 mg L–1 and HRT was 7 min. The above conclusion was similar to this study. Nevertheless, Shen and Wang (2011) used cross-linked starch/polycaprolactone blends as solid carbon source and concluded that the 26.86 mg NO3–-N (L h)–1 and 90% NO3–-N were removed at HRT 1 h, which was obviously more than those in this study. The phenomenon was inferred that carbon source style was the main factor that restricted HRT.




Nutrient Removal and Head Loss Along the Filter Depth

Nutrient removal along the filter depth reflected the pollutants’ removal features of DN-DBF (Figure 3), the concentration of TN and COD in the influent were 14.14 and 42.37 mg L–1, and 55.37 and 64.81% removal efficiency were achieved with effluent concentration of 6.31 and 14.91 mg L–1. It is interesting that the denitrification rates of both pollutants were higher at the top of the filter than the bottom part; 48.85% TN and 47.93% COD were removed at the top 40 cm, while 5.52% TN and 16.87% COD were removed at the bottom 70 cm. The study of Dong et al. (2012) found that the specific denitrification rate along the bio-filter depth was 3.80, 1.21, 0.66, and 0.09 kg NO3–-N (m3 d)–1, respectively, and the highest specific denitrification rate appeared at 0–20 cm. It might be because more biomass accumulated on top of head loss; this is another standard to evaluate the performance of DN-DBF, and its change along the filter depth is shown in Table 4. As the increase of filter depth and operation time is extending, the head loss presented a significant increasing trend. The head loss changed by low increasing rates before the 12th hour, but the stable station was broken and the head loss jumped from 0.083–0.147 to 0.152–0.394 mH2O after the 12th hour. The specific incremental rate of head loss before the 12th hour along the filter depth was 0.007, 0.009, 0.010, 0.011, and 0.012 mH2O, respectively. However, the specific incremental rate after the 12th hour was 0.009–0.031 mH2O. Thus, the optimal backwash time was 12 h. Simate (2015) found that the head loss of the granular filter bed ran up suddenly at the 18th hour, which is similar to this study.
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FIGURE 3. Concentration profiles of TN and COD along the DN-DBF depth.



TABLE 4. Head loss along DN-DBF (m H2O).
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Biofilm Biomass Along the Filter Depth

Biomass yield is an important indicator to be taken into account for explaining the denitrification performance of DN-DBF. Biomass yields in different filter depths are summarized in Figure 4; the total biomass and attached biomass increased at the first 30 cm of DN-DBF, and reduced as filter depth continued to increase. However, the suspended biomass was reduced along with the filter depth. The maximum quality of attached biomass, suspended biomass, and total biomass was 21.03, 20.01, and 33.10 mg SS (g quartz sand)–1, respectively, and appeared at 30, 10, and 30 cm. On the other hand, a similar rule was discovered for volatile suspended solids (VSS). The ratio of suspended solids (SS) and VSS was about 1.5–2.0, which indicated that approximately 40–50% inorganic particles exited and contributed to the head loss of DN-DBF.


[image: image]

FIGURE 4. Change of biofilm biomass along the DN-DBF depth (A) SS and (B) VSS.


At the top layer of this filter, the suspended biomass was more than the attached biomass, but it was opposite the other sampling point. The reason for this phenomenon may be that the SS was intercepted on the first 10 cm and hydraulic scour affected the formation of biofilms (Li et al., 2011; Wu et al., 2016). This result is consistent with Dong et al. (2012). There was a high correlation between biofilm biomass and effluent quality. Large TN and COD were removed at the top of the filter due to the accumulation of biofilm biomass. Meanwhile, the higher the biomass yield rates resulted from more COD and NO3–-N that were needed for complete denitrification and cell growth (Christensson et al., 1994).



Microbial Mechanism of Nitrogen Removal


Microbial Richness and Diversity

The microbial biochemistry processes play an important role in the treatment of wastewater by DN-DBF. Therefore, analysis of the microbial process could help to characterize the mechanism and approach. In this section, 16S rRNA gene high-throughput sequencing technology was utilized to analyze the microbial community of the samples and assess the diversity and richness of the bacterial community, which was utilized to explain the denitrification mechanism of DN-DBF.

From 10 to 100 cm, the ACE and Chao index showed a tendency to rise and then fall, which indicated that the system owned the maximum microbial abundance when the filter depth was 50 cm (Table 5). Meanwhile, the variation of Shannon and Simpson diversity index from 10 to 100 cm illustrated that the diversity of microbial community also reached peak value at 50 cm. Community diversity was directly determined by species richness and species evenness. This phenomenon reflected that the backwashing process led to impacting on the stability of microorganisms and contributed to the lower diversity of microbial community than the middle part. Sun et al. (2016) and Huang et al. (2021) reported the maximal diversity index appeared at the middle part in the denitrification filler by comparing the diversity index (Shannon) along a denitrification filler, which was consistent with this study.


TABLE 5. Bacterial richness and diversity along DN-DBF.
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Microbial Community Composition

During the process of operation, the bacteria with higher relative abundance of microbial community mainly affiliated to four phyla, i.e., Proteobacteria, Chloroflexi, Actinobacteria, and Saccharibacteria. All of them were substantiated to be the dominant denitrifying bacteria (Figure 5A). The results explained that the relative abundance of dominant denitrifying bacteria directly affected the denitrification efficiency. Previous researches have indicated that multiple types of Proteobacteria microorganisms were in several wastewater treatment bioreactors, which was in accord with the study of Ma et al. (2015). When the depth of filter was between 10 and 50 cm, Blastobacter was dominant and abundant, which was affiliated to α-Proteobacteria; it was a crucial participant in nitrogen removal and COD degradation in wastewater treatment.


[image: image]

FIGURE 5. Change of microbial community composition along the DN-DBF depth (A) at phylum level and (B) at genus level.


Figure 5B demonstrates the dominant microbial flora abundance at family level. The abundance of microbial communities was evenly distributed, except for the Blastocatellaceae_Subgroup_4 and norank_o_JG30-KF-CM45 abundance of 6–10%, and the remaining flora abundance fluctuates between 2 and 5%. Chang et al. (2019) used a denitrification filter to remove polluted river, and results showed that Blastocatellaceae was the dominant heterotrophic denitrifying bacteria with a proportion of 2.3%. JG30-KF-CM45 was also a typical denitrifying bacterium and proportional to the organic load in an urban sewage treatment process (Remmas et al., 2017). Meanwhile, the norank_p_Saccharibacteria under the Spirulina was reported as a denitrification group participating in organic matter removal (Sun et al., 2018). Caldilineaceae was with an abundance of about 4%, which was similar to previous reports such as Wu et al. (2018) who found that its share in short-range denitrification was 3.72%. Besides, Xanthomonadales_Incertal_Sidis, Hyphomicrobiaceae, and norank_p_Parcubacteria are typical heterotrophic anti-nitrifying bacteria. norank_c_Acidobacteria, Lactobacilliaceae, and norank_o_Acidimicrobiales were organic degradation bacteria belonging to Acidobacteria, which was related to the addition of carbon sources in the influent. Nitrosomonadaceae and norank_c_Nitrospira are nitrifying bacteria, whose appearance indicated that nitrification occurred at the upper and end of this filter.



Pathway of Nitrogen Metabolism

Figure 6 and Table 6 demonstrate the abundance of key enzymes related to nitrogen cycle depending on functional prediction. Specific enzymes, such as nitrate reductase (EC1.7.2.1), chlorophyllide reductase iron protein subunit X (EC1.18.6.1), nitronate monooxygenase (EC1.13.12.16), and nitrilase (EC3.5.5.1), are involved in the denitrification process of DN-DBF. With the augmentation of the depth of the filter, the reduction of chlorophyllide reductase iron protein subunit X (EC1.18.6.1), nitrilase (EC3.5.5.1), nitrate reductase 2 (EC1.7.99.4), nitric oxide reductase (EC1.7.2.5), and chlorophyllide reductase iron protein subunit X (EC1.18.6.1) took on an upward and then downward tendency. Huang et al. (2020) discussed the abundance of key enzymes related to nitrogen cycle in an iron carbon-based constructed wetland (CW), and chlorophyllide reductase iron protein subunit X (EC1.18.6.1) in CW with Fe0-C filter demonstrated the lowest abundance at the middle layer and the highest value appeared in CW with ceramsite filler, which was consistent with this study.
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FIGURE 6. Nitrogen cycle related key enzymes along the DN-DBF depth.



TABLE 6. Abundance of nitrogen cycle-related key enzymes along DN-DBF (10–3 %).
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At the filter depth of 50 cm, the abundance of relative enzyme reached the maximum, and the number and denitrifying activity of corresponding denitrifying bacteria was the highest; therefore, the denitrification was the strongest with the highest nitrogen removal rate in this part. The results coincided with the changes of microbial community composition and diversity. During the denitrification process, nitrite reductase controlled the reduction of NO3–-N and the production of N2O, and the process of transforming N2O to NO was commanded by nitrous oxide reductase. The relative abundance of nitrite reductase gradually increases as the depth increases, and conversely, the relative abundance of nitrous oxide reductase gradually decreased. It indicated that more N2O is converted to NO with the deepening of the filter. It is worth noting that the relative abundance of nitronate monooxygenase demonstrated a decrease first and then ascended. In view of the effect of influent and backwashing, DO was enriched on both ends of the filter. Hence, the abundance of aerobic bacteria was relatively large and resulted in high nitronate monooxygenase abundance in the center of this filter.





CONCLUSION

The DN-DBF parameters were optimized for the advanced treatment of TN from the secondary effluent. More than 12.7% of TN removal efficiency was obtained by adding methanol compared with sodium acetate, and the optimal influent C/N ratio and HRT were 3:1 and 0.25 h, respectively. The backwash time was 12 h, and the total and attached biomass reached the maximum at 30 cm of DN-DBF, where the diversity and richness of microbial community was higher than that in both ends. High-throughput sequencing technology showed that Proteobacteria, Chloroflexi, Actinobacteria, and Saccharibacteria were dominant flora at phylum level, and Blastocatellaceae_Subgroup_4 and norank_o_JG30-KF-CM45 were dominant denitrification floras with an abundance of 6–10%. Meanwhile, the abundance of nitrite reductase enzymes (EC1.7.2.1) reached the maximum at 50 cm.
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In this study, we report the biodiversity and functional characteristics of microplastic-attached biofilms originating from two freshwater bacterial communities. Even though the microplastic-biofilm (MPB) diversities are mostly determined by original bacteria instead of microplastic types, the results from 16S rRNA amplicon sequencing still showed that the dynamic biofilm successions on different microplastics were highly dissimilar. Furthermore, the analysis of biomarkers indicated distinct bacterial species with significant dissimilarities between different MPBs, which further determined the associated functions. The co-occurrence networks showed distinct interconnective characteristics in different MPBs: The structure of MPB incubated in the lake water sample was more robust under environmental stresses, and bacteria in the tap water MPB interacted more cooperatively. Regarding this cooperative interaction, the analysis of functional prediction, in this study, also showed that more symbionts and parasites colonized on microplastics in the tap water than in the lake water. Moreover, it was suggested that MPBs were more easily formed in the tap water sample. The overall results revealed significant dissimilarities in bacterial diversity, succession, and associated functions between MPBs, in which bacterial species with specific functions should be taken seriously.

Keywords: polyethylene, polyethylene terephthalate, microplastic-attached biofilm, freshwater, biodiversity


INTRODUCTION

Plastic is a common polymeric material worldwide owing to its excellent performance (e.g., durability, anticorrosion, and plasticity) and relatively low cost, and it has already played indispensable roles in all walks of life. With an increasing demand for diverse types of plastic, its global production increased continuously from 1.7 to almost 360 million tons during the last 70 years (PlasticsEurope, 2019), consequently leading to a large amount of plastic waste that has been disposed into the environment. Among these disposed plastics, plastic components of polyethylene (PE), polyethylene terephthalate (PET), and polypropylene (PP) are commonly produced and used, and they account for 90% of plastic production, along with polystyrene (PS) and polyvinyl chloride (PVC; Andrady and Neal, 2009; Alimi et al., 2018). Generally, these disposed plastics exhibit poor degradability in natural environments, primarily resulting in the formation of microplastics of different sizes (<5 mm) and shapes (e.g., fibers and fragments) by physical (e.g., mechanical wear), chemical (e.g., photooxidation), and biological processes (Hidalgo-Ruz et al., 2012; De Sa et al., 2018; Rachman, 2018; Shabbir et al., 2020).

Regarding aquatic ecosystems, microplastics are extensively distributed in most types of marine and freshwater environments (Klein et al., 2015; Ivleva et al., 2017; Di and Wang, 2018), and they have even been detected in preserved areas and polar regions in recent years (Claessens et al., 2013; De Sa et al., 2018). A number of studies have indicated that these microplastics exhibit toxicological effects on various aquatic organisms through uptake and accumulation; further, they pose a potential threat to human health by transmission along the food web (Cole et al., 2015; Sussarellu et al., 2016; Connors et al., 2017; Chapron et al., 2018; Ogonowski et al., 2018). In addition, microplastics have been revealed to be indirect harmful factors, which may serve as vectors that selectively enrich aquatic pathogens to new environments compared with natural substrates (e.g., rock and leaf) and could provide footholds for pathogens to invade aquatic organisms (e.g., coral; Lamb et al., 2018; Wu et al., 2019). Through long-term exposure and migration by water flow in aquatic environments, microplastics can be potential carbon sources that gradually release organic compounds into the water phase, thus contributing to the prolonged survival and growth of surrounding bacterial communities and the selective colonization of microplastic-attached biofilms that are distinct from other natural substrates (Tomboulian et al., 2004; Stern and Lagos, 2008; De Tender et al., 2015; Rummel et al., 2017).

When microplastics were disposed into the aquatic environments, the microplastic-attached biofilms were rapidly assembled and could be observed within 2 weeks, and their community structures are generally much different from that of the planktonic bacterial assemblages (McCormick et al., 2014, 2016; De Tender et al., 2017). Therefore, it has been suggested that microplastics are unique niches that colonize bacteria containing specific structural and functional patterns (Zettler et al., 2013; Miao et al., 2019). For example, recent studies have identified polymeric materials as potential vectors that carry aquatic (opportunistic) pathogens and harmful algae to remote environments (Viršek et al., 2017; Arias-Andres et al., 2018). More importantly, horizontal gene transfer may occur between biofilm and planktonic bacteria that mediates the transformation of several important genes such as antibiotic resistant genes (Bengtsson-Palme and Larsson, 2015; Li et al., 2015; Martinez et al., 2015; Arias-Andres et al., 2018). Until now, most studies have focused on two perspectives in terms of the comparison of microplastic-attached vs. planktonic bacteria and bacteria on natural vs. microplastic substrates (De Tender et al., 2015, 2017; Chae and An, 2017; Jiang et al., 2018; Miao et al., 2019; Wu et al., 2019), but the knowledge of biodiversity and functional characteristics of microplastic-attached biofilms exposed to different freshwater sources is still insufficient.

Thus, in this study, two commonly used plastic components, PE and PET materials were chosen as the microplastics tested for bacterial colonization, and two freshwater bacterial communities, one from lake water and one from tap water, were selected as the bacterial source of biofilms. 16S rRNA gene amplicon sequencing was performed to determine the bacterial diversities of biofilms, and bioinformatic tools were adopted to investigate the potential functions of each biofilm on microplastics. This study aims to decipher microplastic-attached biofilms with respect to (i) bacterial diversities of microplastic-biofilms (MPBs) in freshwater habitats and (ii) the associated functional patterns.



MATERIALS AND METHODS


Sample Collection and Preparation of Microplastics

In order to culture the MPBs in this study, two freshwater bacterial communities, one originating from tap water and the other from lake water, were, respectively, collected from the in-house plumbing system (keep the water flowing for 5 min before sampling) of the drinking water distribution network at Qufu Normal University and Nansi Lake, Shandong Province, East China. Nansi Lake is the largest freshwater lake in northern China and its branch rivers flow through many cities as crucial drinking water sources. Here, each sample in triplicate was placed in pretreated carbon-free glass bottles (the method of carbon-free glassware preparation is described in the Supplementary Material) and then stored at 4°C during transportation and processed within 24 h. The main water quality parameters of two freshwater samples were determined and are listed in Supplementary Table 1. Prior to the related experiments, samples were prefiltered through 10-μm membrane filters to remove large organisms and particles.

Polyethylene and PET were chosen as the microplastics tested in this study. The PET material was purchased from Sigma-Aldrich Co., Ltd. (Shanghai, China) with a columned form (diameter: ~3.5 mm, length: ~4.5 mm), and the PE material was processed from a drinking water pipe (poly-ethylene silane cross-linked, PE-Xb) with a lamellar form (length: ~4.0 mm, width: ~3.5 mm, and thickness: ~1.5 mm). The selection of millimeter-sized PE and PET materials aims to provide sufficient surface area for the bacterial colonization that could reflect the biodiversity and interconnections of MPBs more comprehensively. Prior to the test, the microplastic particles used in the subsequent experiment were washed three times with ultrapure water and then autoclaved (120°C for 30 min) to avoid any contamination.



Experiment of Biofilm Incubation on Microplastics

To investigate the bacterial growth and diversity of biofilms originating from two freshwater types on microplastics, 30 particles of each microplastic (~750 mg) in triplicate were, respectively, added into 1-L carbon-free glass bottles (Schott Duran, Germany) containing 500 ml freshwater samples. Subsequently, the biofilms on microplastic particles were incubated at 25°C for 30 days. Meanwhile, the original lake and tap water samples without the addition of microplastics (i.e., the planktonic bacteria in the freshwater samples) in triplicate were set, respectively, as the experimental controls. During this experiment, all samples for the biofilm incubation were supplemented with equivalent volume of their sterile sampling water regularly to maintain stable abiotic conditions. Three particles of PE and PET microplastics were taken at regular intervals (every 10 days) for further DNA extraction.



DNA Extraction, 16S rRNA Amplicon Sequencing, and Sequence Processing

The PE and PET microplastics for biofilm-DNA extraction were firstly rinsed three times with sterilized phosphate buffer solution to remove the free-living bacteria. The DNA extraction of biofilms on microplastics was then processed using the PowerBiofilm® DNA isolation Kit (MoBio Laboratories, Carlsbad, CA, United States) in accordance with the manufacturer’s protocol. The biofilm-DNA obtained was inspected through 2.0% agarose gel electrophoresis and quantified with a Qubit® 2.0 Fluorometer (Invitrogen, Life technologies, Thermo Fisher Scientific Inc., United States) using a Qubit® dsDNA BR Assay kit (Invitrogen, Life technologies, Thermo Fisher Scientific Inc., United States). Prior to 16S rRNA amplicon sequencing, biofilm samples and biofilm sample groups were classified and named according to the freshwater source, types of microplastic, and incubation time (e.g., “L-PE-10” represents a biofilm sample originating from lake water on PE particles after incubation for 10 days; “L-PE” represents the biofilm sample group that includes samples “L-PE-10,” “L-PE-20,” and “L-PE-30”; and “L-PE/PET-0” and “T-PE/PET-0” represent the planktonic lake and tap water bacteria).

Gene amplification and sequencing were conducted using an Illumina platform with HiSeq2500 paired-end 250 bp mode as described previously (Liu et al., 2014). Primer pairs of 341 F (5′-CCTACGGGNGGCWGCAG-3′) and 806 R (5′-GGACTACHVGGGTATCTAAT-3′) were chosen to amplify the V3–V4 hypervariable region of bacterial and archaeal 16S rRNA genes. The raw sequence data were carried out using the QIIME pipeline (version 1.9.0; Caporaso et al., 2010). The quality of raw reads was controlled by excluding high-nitrogen (>20% of total reads) and low-quality (quality score ≥ 20) reads. Then, the two pair-end sequencing data were merged via FLASH v1.2.11 and quality filtered (Bokulich et al., 2013). The ultimate sequences were obtained by removing chimeras through comparison with the Gold database r20110519 using the UCHIME algorithm (Edgar et al., 2011). For clustering analysis, these sequences were clustered into operational taxonomic units (OTUs) by 97% similarity in USEARCH v7.0.1090 (Edgar, 2013), and taxonomy assignments were conducted using the SILVA database as the reference (Quast et al., 2013). OTUs with no annotation or archaea-related annotation were excluded. The Ribosomal Database Program classifier was used for species annotation to all OTUs at a confidence limit of 0.8–1.



Statistical Analysis and Functional Gene Prediction

Non-metric multidimensional scaling (NMDS) was performed for visualization of biofilm bacterial community similarities based on the Bray–Curtis dissimilarity using the Vegan package in R (Philip, 2003).

The linear discriminant analysis (LDA) effect size (LEfSe) analysis was performed for visualization of specifically major biofilm bacterial clusters between different sample groups using LEfSe v1.0 software (Nicola et al., 2011). Kruskal–Wallis and Wilcoxon sum tests between sample groups were used for the selection of specifically major biofilm bacterial clusters in each sample group, and the relative importance of each bacterial cluster was then evaluated through LDA. In this study, bacterial clusters with an LDA score ≥ 4 were selected, because they have strong relative importance in each biofilm sample group.

Two aspects of the potential functions of each biofilm sample group were predicted using corresponding bioinformatic tools. The metabolic functions based on the Kyoto Encyclopedia of Genes and Genomes (KEGG) pathway were analyzed using Tax4Fun (Aßhauer et al., 2015), and ecological functions were assessed using the functional annotation of prokaryotic taxa (FAPROTAX; Louca et al., 2016).

Correlation analysis between variables was performed through linear pairwise Pearson correlation in the SPSS software, and the dissimilarities of alpha diversity indexes and relative abundance of functional genes between sample groups were evaluated using a paired-sample t-test in the SPSS software.




RESULTS AND DISCUSSION


Phylogenetic Diversity of Bacterial Communities in MPBs

16S rRNA amplicon sequencing was performed for the comparative analysis of MPB diversities originating from lake and tap water samples. All of the MPB DNA samples reached sufficient sequencing depths (Good’s coverage values > 0.99) to ensure the accurate results (Supplementary Table 2).

Biofilm samples at t = 10, 20, and 30 days were drawn for the evaluation of changes in bacterial community during incubation. Along with increasing incubation time, the overlapped bacterial OTUs between lake and tap water MPBs were relatively constant (no more than 30%), whereas the intrinsic bacterial OTUs showed distinct patterns (Figures 1A,B; Supplementary Table 3). Regarding the PE material, the intrinsic OTU number of lake water PE-biofilms gradually decreased, which was the converse of that of tap water PE-biofilms. However, the changes in intrinsic OTUs of L-PET and T-PET were irregular (Figures 1A,B; Supplementary Table 3). Moreover, the overall OTU number of lake water MPBs was much higher than that of tap water MPBs, regardless of PE and PET materials (Figures 1C,D). These results suggested that different microplastics serve as new vectors for different species sorting during biofilm growth and succession, thus resulting in diverse bacterial survival strategies of MPBs and varying degrees of reduced ability to withstand external stresses and maintain their fundamental activities compared to the original bacterial communities (Girvan et al., 2005; Philippot et al., 2013; Miao et al., 2019).
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FIGURE 1. Venn diagrams showing the operational taxonomic units (OTUs) number or percentage of microplastic-biofilms (MPBs). (A,B) The OTUs percentage of polyethylene (PE) and polyethylene terephthalate (PET) biofilms incubated with lake and tap water at t = 10, 20, and 30 days; (C,D) the OTU number of MPB sample groups.


In this study, the alpha diversity indices (Chao, Ace, Shannon, and Simpson) were applied for the evaluation of biofilm bacterial richness and evenness on PE and PET materials (Figures 2A-H; Supplementary Table 4). As mentioned above, it can also be demonstrated that there were fewer diverse bacterial species of MPBs from tap water than lake water through the comparison of Chao and Ace indices, in which the values of T-PE and T-PET were lower than those of L-PE and L-PET (Figures 2A,B,E; Supplementary Table 4), suggesting that MPBs have stronger resistance and resilience to perturbation in lake water than in tap water (Girvan et al., 2005; Philippot et al., 2013). More importantly, the Chao and Ace indices exhibited significant dissimilarities (p < 0.01 and p < 0.05) between L-PET and T-PET (Figures 2E,F), indicating that the changes in bacterial richness for lake and tap water biofilms were significantly different on PET material over the course of 30 days. Considering the Shannon and Simpson indices, the bacterial evenness of lake water MPBs was higher than that of tap water MPBs, and yet there were no statistical dissimilarities.
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FIGURE 2. Box plots showing the Ace (A,E), Chao (B,F), Shannon (C,G), and Simpson (D,H) indexes related to alpha diversity of different biofilm sample groups (A-D: L-PE vs. T-PE; E-H: L-PET vs. T-PET). The asterisks (* and **) represent significant (p < 0.05 and p < 0.01) dissimilarities between two MPB sample groups.


In addition, the NMDS analysis was performed to compare the bacterial community structure in MPBs. Firstly, as shown in Figure 3, the bacterial community structure of MPBs was much different from that of the planktonic bacterial communities (i.e., the experimental controls; Supplementary Figure 1), especially for the lake water samples. This suggested that more bacterial species in tap water were selectively attached to microplastics, and consequently the bacterial community structures of MPBs were more closely related to the original bacterial communities than lake water. Secondly, there were no dramatic differences in biofilm bacterial community structure between PE and PET materials in the same water sample (Figure 3), indicating that in this study, the original bacterial communities in freshwater habitats, instead of microplastic types, undoubtedly determined the associated MPBs; this result is consistent with those of previous studies (Miao et al., 2019; Wu et al., 2019; Wang et al., 2020). However, the alpha diversity indices, including Ace, Chao, and Shannon values, were significantly dissimilar between L-PE and L-PET, which suggested distinct bacterial successions of MPBs in PE and PET materials in lake water during the 30 days of incubation (Supplementary Figure 2).
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FIGURE 3. Non-metric multidimensional scaling (NMDS) of biofilm bacterial communities originating from lake and tap water on microplastics (represented by OTUs) calculated with Bray–Curtis dissimilarity between samples. In this plot, points that are closer together represent more similar bacterial communities to each other than those further away. A low stress value indicates a robust diagram.


Interestingly, the phylum-level analysis of MPBs revealed that the relative abundance of predominant biofilm bacteria was dependent on microplastic types, of which the phyla Proteobacteria and Planctomycetes were the most abundant bacteria on PE and PET materials, respectively (Supplementary Figure 3; Supplementary Table 5). These two phyla of biofilm bacteria commonly attach to diverse types of polymeric materials (Miao et al., 2019; Wu et al., 2019; Li et al., 2020; Wang et al., 2020). Proteobacteria are critical for the community stability of MPBs and gene transfer among the biofilm bacterial species (Wu et al., 2019; Wang et al., 2020), and Planctomycetes was reported to be closely related to ammonium oxidation (Mohamed et al., 2010). However, this “microplastic-dependent” pattern was not applicable to the predominant biofilm bacteria at the class and genus levels. Of the subclasses of Proteobacteria, Gammaproteobacteria, which are repeatedly reported to be the predominant bacterial class in MPBs in both freshwater and seawater environments (Wu et al., 2019; Wang et al., 2020), accounted for the highest proportion of MPB bacteria in this study, followed by Alphaproteobacteria (except for L-PE; Supplementary Figure 3; Supplementary Table 5). In addition, Aquabacterium (Proteobacteria), Fimbriiglobus (Planctomycetes), and Gemmata (Planctomycetes) were major bacterial genera of tap water MPBs, whereas Pirellula (Planctomycetes) and Chthoniobacter (Verrucomicrobia) were generally predominant bacterial general of lake water MPBs (Supplementary Figure 3; Supplementary Table 5).

The comparison of biomarkers in MPBs with significant dissimilarities between lake and tap water samples was conducted using LEfSe analysis. For the biofilms on PE material, as shown by Figure 4A, tap water MPBs contain more biomarkers (i.e., Alphaproteobacteria, Gemmatales, and Chitinophagales) than lake water MPBs (i.e., Virrucomicrobia, OM190, Pirellulales, and Rubinisphaeraceae). Furthermore, the genera SWB02, Apolymeric materialshiplicatus, Gemmata, and Fimbriiglobus in tap water MPBs and the family Chthoniobacteraceae in lake water MPBs were the most important biomarkers, which contributed to the continuous significant dissimilarities for at least three taxonomic levels (i.e., from phylum to genus levels) between L-PE and T-PE (Figure 4A). Moreover, the relative abundance of the bacterial genus Mycobacterium showed a significant correlation (p < 0.05, Pearson’s r = 0.999) between L-PE and T-PE along with the incubation time (Supplementary Table 6). Conversely, concerning the biofilms on PET material, more biomarkers belonged to the MPBs in lake water than in tap water; the families Solibacteraceae subgroup_3, Pedosphaeraceae, Chthoniobacteraceae, and Phycisphaeraceae in lake water MPBs, and the family Ruminococcaceae, the genera Gemmata and Fimbriiglobus in tap water MPBs were the most important (Figure 4B). These biomarkers further influenced the functional diversities of MPB communities, of which the genera Gemmata and Pirellula were reported to be crucial bacteria in nitrogen removal (Xia et al., 2019) and the families Chthoniobacteraceae and Pirellulaceae are commonly dominant bacteria that play key roles in the interconnection within bacterial communities in lake water (Zhu et al., 2019).
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FIGURE 4. The cladogram of biofilm bacterial clusters with significant dissimilarities (p < 0.05) between lake and tap water samples on PE (A) and PET (B) materials using linear discriminant analysis (LDA) effect size (LEfSe) analysis. The green and red regions (including circles) represent the respective biofilm bacterial clusters originating from tap and lake water, and the yellow circles represent bacterial clusters without significant dissimilarities. Each chart inside out represents biofilm bacterial taxonomies from phylum to genus levels. Bacterial clusters with ≥4 of LDA values are labeled.




Co-occurrence Networks Between Bacterial OTUs in Lake and Tap Water MPBs

The results presented above identified distinct bacterial diversities (i.e., dynamic succession, structure, and abundance) between MPBs originating from lake and tap water samples, suggesting an underlying discrepancy in the interactions within their complex bacterial communities. Thus, an examination of the co-occurrence networks was carried out to evaluate the bacterial community complexity of different MPBs. Based on the Pearson correlation coefficient, paired bacterial OTUs that were significantly correlated (p < 0.05; Pearson’s |r| > 0.9) were chosen for further topology analysis using Gephi v 0.9.2 software. In the co-occurrence network, nodes and edges represent taxonomic OTUs at the phylum level and significant correlations between paired OTUs, respectively. Furthermore, colors were used for the classification of different bacterial phyla (for nodes) and positive/negative correlations (for edges), and sizes of nodes are proportional to the degree that characterizes the number of edges. In Figure 5, it can be clearly observed that the number of nodes and edges was dramatically higher for biofilms in the tap water sample (99 and 127 nodes; 685 and 1,575 edges) than for those in the lake water sample (84 and 76 nodes; 287 and 253 edges) irrespective of PE or PET materials, indicating that the bacterial intercorrelations of MPBs in tap water were more complicated. Furthermore, the values of average degree (i.e., the number of edges per node) were higher for T-PE/T-PET (13.838/24.803) than for L-PE/L-PET (6.714/6.658), which may also characterize the complex interconnectivity of the whole tap water MPB networks (Supplementary Table 7). Interestingly, the number of nodes and edges was more likely to be positively correlated with bacterial richness and diversity, which has been proposed in previous studies (Wu et al., 2019; Wang et al., 2020). However, this study’s results showed a lower bacterial OTU number and richness (i.e., Ace and Chao values) for tap water MPBs than for those in lake water.
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FIGURE 5. Co-occurrence networks of MPB bacterial communities in L-PE (A), T-PE (B), L-PET (C), and T-PET (D) sample groups based on correlation analysis. Each node represents one OTU, of which the size is proportional to the number of connections (i.e., degree) and the color represents bacterial taxonomy at the phylum level. An edge represents significantly strong (p < 0.05; Pearson’s correlation coefficient r > 0.9) correlation (purple for positive correlation and blue for negative correlation) between bacterial OTUs.


The modularity parameter was used to determine whether a network had a modular structure, in which case the values should generally exceed 0.4 (Newman, 2006; Barberan et al., 2012). In this study, the modularity parameters of all MPBs (0.656 for L-PE; 0.568 for T-PE; 0.72 for L-PET; and 0.407 for T-PET) indicated that the networks within each biofilm bacterial community had modular structures (Supplementary Table 7). The modularity values of tap water MPBs were lower than those of lake water MPBs, which are generally characterized by low independence among different modular groups. Moreover, the characteristic of the modularity parameter, combined with the average path length and the clustering coefficient, have commonly been used to estimate the degree of interconnection among different members within a network (Zhou et al., 2010; Deng et al., 2012; Wang et al., 2020). Within a biofilm bacterial community, the short average path length and high clustering coefficient meant that the effects of external disturbances could immediately reach to the whole community network, which would be further amplified if different modular groups were highly interdependent (i.e., low modularity; Faust and Raes, 2012; Wu et al., 2019; Wang et al., 2020). Of the MPBs examined in this study, L-PE and L-PET had low clustering coefficients and longer average path lengths compared to those of T-PE and T-PET (Supplementary Table 7), suggesting that the structure and function of lake water MPBs were more stable than tap water MPBs under environmental perturbations. Furthermore, bacterial nodes with a high degree (i.e., connectivity) were generally considered to be critical species sustaining the stability of the entire bacterial community (Berry and Widder, 2014; Shi et al., 2016). Previous studies have frequently identified the phylum Proteobacteria as keystone bacteria in natural MPBs (Wu et al., 2019; Wang et al., 2020), which is consistent with this study’s results for all of the MPBs except T-PET (keystone bacteria: Firmicutes). Moreover, in contrast to lake water MPBs, most of the correlations between paired bacterial OTUs in tap water MPBs were positive, revealing cooperative interrelations among bacterial species in tap water MPBs (Figure 5; Supplementary Table 8).



Potential Functions of Lake and Tap Water MPBs

The differences in potential functions of MPBs originating from lake and tap water sample were predicted using bioinformatic tools. In this study, the top 20 metabolic functions based on level 2 of the KEGG metabolic pathway were selected. It was clearly evident that the metabolic functions of T-PE and T-PET were similar, whereas those of L-PE and L-PET were mostly opposite (Figure 6A). Furthermore, the metabolic function of membrane transport was significantly (p < 0.05) higher in T-PET than in L-PET (Figure 6C), indicating that the fundamental metabolic activities of PET-biofilm in the tap water sample could be better maintained than those of PET-biofilm in the lake water sample. Moreover, the significantly higher degree of cell motility and membrane transport (Figures 6B,C), which are essential functions for biofilm formation and maturation (Bryant et al., 2016; Jiang et al., 2018), indicated that the MPBs examined in this study were more easily formed in tap water than in lake water.
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FIGURE 6. Potential metabolic functions of biofilm bacterial communities on PE and PET materials according to Kyoto Encyclopedia of Genes and Genomes (KEGG) metabolic pathway (level 2). The correlations between each sample group and top 20 metabolic functions in KEGG pathway are shown in heatmap (A). The column and dot plots (B,C) show the mean abundance and difference in mean proportions of metabolic functions, which are significantly dissimilar (p < 0.05) between two biofilm sample groups using Welch’s t-test.


In addition, distinct ecological functions were observed in MPBs from lake and tap water samples, which were attributed to dominant and exclusive bacterial groups. Similarly, the highest relative abundance for PE- and PET-biofilms in ecological functions was chemoheterotrophy, followed by symbiotic and parasitic functions (Figure 7). The enrichment of symbionts and parasites on polymeric materials is not surprising and is attributable to the fact that tight cooperations among bacterial species are ever-present within these microecosystems (Wu et al., 2019; Li et al., 2020; Wang et al., 2020). Moreover, different ecological functions at low abundance in PE and PET biofilms (e.g., cyanobacteria, aromatic compound degradation, human pathogens, and sulfur and nitrogen cycle) were mainly attributed to one or several exclusive bacterial taxa as mentioned above, thereby exhibiting distinct ecological functions in different biofilms. Nevertheless, according to the statistical analysis, none of these ecological functions exhibited significant dissimilarities between MPBs from lake and tap water samples, suggesting similar ecological functions of MPBs exposed to different freshwater habitats.
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FIGURE 7. Mean relative abundance of dominant ecological functions in each biofilm sample group. The top 10 ecological functions of biofilm samples on PE (A) and PET (B) materials are selected, respectively.





CONCLUSION

Microplastics could serve as vectors that selectively enrich distinct bacterial assemblages and associated functions from different freshwater environments. Herein, the dynamic changes of bacterial communities in MPBs reveal that the successions of biofilm communities on different microplastic particles are dissimilar over a long period of incubation in the same freshwater environment, especially in lake water. Furthermore, the MPB communities exhibit distinct interconnective characteristics; that is, the structures of lake water MPBs are more stable under external stresses, and the bacterial species interact more cooperatively in tap water MPBs. Thus, microplastics are likely to be gathering habitats for several symbionts and parasites. More importantly, indispensable functions in biofilm formation and maturation are more significantly encoded in tap water MPBs.
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Nutrient enrichment caused by black carbon (BC) is a major ecological crisis in glacial ecosystems. The microbiological effects of BC were assessed in this study by using fluorescent fingerprinting assay based on flow cytometry (FCM) of bacterial communities with low (LNA) and high (HNA) nucleic acid-content bacteria. Here, we investigated a high-resolution temporal variation of bacterial abundance and LNA/HNA ratio in Tibetan ice cores. Our results revealed that bacterial abundance was proportional to the atmospheric BC on the glaciers. The shift of LNA functional groups to HNA functional groups in glaciers suggested BC emissions increased the proportion of highly active cells. In addition, distinct number of LNA and HNA functional groups was identified between the monsoon and non-monsoon seasons. Westerly winds with high amounts of BC accounted for high ratio of HNA functional groups during the non-monsoon season. In comparison, high moisture during the monsoon season decreased atmospheric BC loading, which increases the ratio of LNA functional groups. Correlations between BC and functional groups were very strong, showing that two functional groups may serve as early-warning indicators of microbiological effects of BC at low trophic level. Our approach provides a potential early-warning framework to study the influences of atmospheric BC on the glaciological community.

Keywords: black carbon, bacteria functional groups, early-warning indicators, Tibetan Plateau, temporal variation, ice cores


INTRODUCTION

Probing the bioavailability of black carbon (BC) released into the atmosphere is pivotal to understanding their impacts on the climate and environment. BC could impact the local and regional environment by absorbing solar radiation (Reid et al., 2005) and deteriorating trophic status (Odhiambo and Routh, 2016) when they deposited onto the surface of glaciers. BC is considered highly chemically recalcitrant; however, some studies exhibited that the microbes in oligotrophic environments could use BC as a nutritional and carbon source (Cheng and Foght, 2007; Stubbins et al., 2012). Bacteria not only are living in extremely cold and oligotrophic environments (Liu et al., 2016b), but also participate in the regional environmental variability, such as nutrient migration and transformation of organic carbon (Falkowski et al., 2008; Madsen, 2011). Despite of the crucial roles of bacteria in geochemical processes, there are still limited data on specific bacteria endpoints responses to long-term environmental and climatic changes. Glacial ice cores could record soluble chemical substance and bacteria in chronologically deposited archives (Legrand and Mayewski, 1997; Xiang et al., 2009), which present historical data on a range of climate changes and anthropogenic activity to occur (Liu et al., 2016b; Santibanez et al., 2016).

The ecosystem of Tibetan Plateau is sensitive to global climate change (Xu et al., 2009a; Liu et al., 2016b). The Tibetan Plateau lies in the immediate vicinity of two developing countries, China and India, and thus is subjected to influence of anthropogenic activities (Xu et al., 2009b; Yao et al., 2012; Li et al., 2016). Tibetan ice cores provide a medium to understand the long-term microbial responses relative to climate changes and anthropogenic activities. The relationship between bacterial abundance and the atmospheric circulation was observed in samples of Tibetan ice cores (Zhang et al., 2007). Specifically, dust carried by the westerly winds leaded to a higher bacterial abundance (Yao et al., 2008; Chen et al., 2016), while wet scavenging of Indian monsoon decreased bacterial abundance (Zhang et al., 2007). In addition to atmospheric circulation, the anthropogenic activities also increased bacterial abundance. Previous studies showed that increasing of bacterial abundance was associated with the deterioration of trophic status, such as increasing industrial production activities, desertification of grasslands, and deposition of BC from southern Asia (Miteva et al., 2009; Hara and Zhang, 2012; Liu et al., 2016b). Thus, bacteria in the ice cores could be a sensitive biomarker of climate and environmental changes.

The flow cytometry (FCM) combined with fluorescent staining technique has been widely used to quantify and visualize bacteria in environmental samples (Liu et al., 2016a; Sharuddin et al., 2018). Bacteria can be broadly divided into LNA and HNA functional groups (i.e., FCM’s fingerprints; Besmer et al., 2017), based on the observed correlation between fluorescence intensity and cellular nucleic acid content (Gasol et al., 1999; Lebaron et al., 2002; Bouvier et al., 2007; Proctor et al., 2018). Moreover, the composition and proportion of HNA and LNA functional groups could vary, depending on their adaptation to environmental conditions, that is, the HNA functional groups were sensitive to changes in nutrient and carbon availability in the environment (Kaartokallio et al., 2013; Santos et al., 2019), whereas the LNA functional groups were commonly linked to oligotrophic ecosystems (Mary et al., 2006; Wang et al., 2009). Thereby, the shift between HNA and LNA functional groups may be a potential biological indicator for environmental and climate changes. Unfortunately, there is still a lack of information on the distribution and shift of LNA and HNA functional groups in the Tibetan Plateau.

The objective of this study was to elucidate that the influences of regional anthropogenic BC on LNA and HNA functional groups assessed using FCM technology. Atmospheric BC has been shown an impact on regional carbon budget (Wang et al., 2019), therefore, we hypothesize that increasing deposition of BC could transform ecological status and microbiol structure. To achieve this, two glacier ice cores from Tibetan Plateau were investigated for temporal variation of LNA and HNA functional groups during the past half-century. In particular, we combined microbiological studies with BC analysis of the glacier ice cores to infer the relationship between the LNA-to-HNA ratio and anthropogenic activity.



MATERIALS AND METHODS


Sampling Sites

Two ice cores were drilled at accumulation zones of two glaciers on the south of Tibetan Plateau (Supplementary Figure 1). The Zuoqiupu Glacier ice core [ZQP, 96.92°E,29.21°N, 5600 m above sea level (m.a.s.l.)] was retrieved from Mt. Gangrigabusupply. The Noijinkangsang Glacier ice core (NJKS; 90.20°E, 29.04°N, 5950 m.a.s.l.) was taken from Mt. Noijin Kangsang. Data from meteorological stations located Mt. Gangrigabusupply and Mt. Noijin Kangsang showed that average annual air precipitation was 392 mm (from 1960 to 2006) and 797 mm (from 1960 to 2006), and annual air temperature was 2.8°C (from 1960 to 2006) and 12.1°C (from 1960 to 2006). NJKS and ZQP are influenced by distinct prevailing weather patterns. NJKS is strongly influenced by the monsoon in summer and by the westerly jet stream in winter (Tian et al., 2001). ZQP is heavily marine influenced, with oceanic moisture directly transported from the Bay of Bengal along the Brahmaputra River valley (Tian et al., 2001). In addition, the two glaciers should receive BC both from the south via the Indian monsoon during summer and from the west via westerly winds (Xu et al., 2009a).



Ice Core Drilling and Sampling

On 2006, 97 and 33 m length ice cores (12 cm diameter) were drilled from ZQP and NJKS, respectively, and then transported frozen and processed in a cold room at −20°C. The samples were processed as described in Liu et al. (2016b). Half of ice core was used for microbial analyses, and the remaining half was used for physicochemical analysis. In the sterile environment, the ice cores were cut into 10–20 cm long segments and outer ring was sawed off 1 cm to decontaminate. After decontamination, samples were placed in the sterile containers and melted at 4°C (Christner et al., 2005).



Chemical Analysis and Dating

The concentration of water-insoluble organic, elemental, and total carbon of BC samples was carried out as described in Xu et al. (2009b). Briefly, ice cores were cut lengthways into four columns. Every column was cut at intervals 10–20 cm into segments and used for chemical measurements. After melting, the liquid sample was filtered through a quartz fiber filter, ensuring the uniform particles were distributed on the surface of filter paper, then oven-dried at 40°C for 6 h. The oven-dried samples were then transferred to a glass vacuum desiccator. Organic carbon and elemental carbon were carried out based on the Interagency Monitoring of Protected Visual Environments (IMPROVE) thermal/optical reflectance protocol. Oxygen isotope ratios, BC, and organic carbon concentrations were used to date the ice cores as described by Xu et al. (2009b).

ZQP Glacier was selected to compare the seasonal variations. Annual precipitation of samples was measured at the nearest meteorological station. The annual water equivalent precipitation from 1960 to 2006 averaged 797 mm at the drill site. Glaciers in this region were reported as “spring accumulation,” and the largest precipitation happens in the April as meteorological station recorded. Consider the glacier accumulation and monsoon occurrence time, a three-season approach was used based on the annual accumulation regime, with the pre-monsoon season from January to May, monsoon season from June through September, and the post-monsoon season from October through December.



Flow Cytometry and Measuring LNA (HNA) Functional Groups

Staining and FCM were carried out to quantify total cell concentration and abundance of LNA (HNA) functional groups based on the methods described previously (Hammes et al., 2008; Prest et al., 2013). The basic principle of FCM measurements is that bacteria are stained with fluorescent dyes in order to distinguish them from background (e.g., BC and other particles; Prest et al., 2013). Ice core melt water was fixed with 1% glutaraldehyde incubated for 10 min and analyzed within 8 h. Sample volumes of 1 ml were stained with 10 μl SYBR® Green I [1:100 dilution in.20-μm-filtered dimethyl sulfoxide (DMSO), Invitrogen]. The samples and dye were mixed by a brief vortex and then incubated for 10 min in the dark at 37°C before measurement.

Measurements were performed using an EPICS ALTRA II flow cytometer (Beckman Coulter, United States) equipped with a 100-mW water-cooled argon-ion laser, emitting at a fixed wavelength of 488 nm. Bacterial signals were triggered on green fluorescence. The multi-parameter data were analyzed as follows. First, bacterial cells were selected using fixed gating on the two-parameter dot plots of green fluorescence (FL1-H; 530 nm) versus red fluorescence (FL3-H; >670 nm). Next, two fixed gates were applied to separate LNA from HNA functional groups using the same two-parameter dot plots as described by Prest et al. (2013). Triplicate samples were measured. Total cell concentration and abundance of LNA (HNA) functional groups were averaged over the three replicates. The corresponding optical signals are converted into electronic signals. The output data were processed using the CytoWin 4.1 software.1



Statistical Analysis

The correlation between HNA and LNA functional groups was tested by running ordinary least squares regression (Rubbens et al., 2019). To explore the time trends of LNA/HNA ratio, Poisson generalized additive models (GAMs) were used to model (Liu et al., 2016b). The GAMs accounts for the Poisson distribution of cell counts, the detected over-dispersion of the response, and the autocorrelation expected in time series. The GAMs allow exploration of non-linearities between the responses and explanatory variables and allow specification of the distribution of the response variable (bacterial abundance) by a function (Marra and Wood, 2011). Differences in non-monsoon and monsoon samples data were analyzed using parametric tests. Permutational multivariate analysis of variance (PERMANOVA) was used to investigate differences in abiotic and biotic variables between two season samples. Correlations were performed to test the associations LNA/HNA ratio and bacteria abundance with environmental variables and BC factors using vegan package. Procrustes test and Mantel test (Dixon, 2003) were used to explore the relationships between BC factors and proportion of LNA and HNA functional groups in different seasons with R package vegan. Monte Carlo value of p for rotational agreement significance testing was determined from 999 permutations. Variation partition analysis (VPA) was used to delineate the effects of environmental and BC components on variation of LNA/HNA ratio. The above-mentioned statistical analyses were performed using R (v3.4.3).




RESULTS AND DISCUSSION


Dominance of LNA Functional Groups in Ice Cores

Fluorescent fingerprinting based on FCM data is a robust and standardized approach to identify LNA and HNA functional groups (Prest et al., 2013; Proctor et al., 2018; Santos et al., 2019). The reproducible staining methods and the fixed FCM gate were applied for all samples to ensure comparable results. Both the LNA and HNA functional groups were identified in Tibetan ice cores (Supplementary Figure 2), consistent with other ecosystems (Bouvier et al., 2007; Bowman et al., 2017; Proctor et al., 2018). The abundance of LNA functional groups and HNA functional groups was significantly correlated in both the NJKS and ZQP glaciers (ordinary least squares regression, adjusted R2 = .67, p < .001). This suggests that the bimodal distribution of fluorescence intensity could be ubiquitous in Tibetan glaciers. Furthermore, the mean proportion of LNA functional groups to total cell counts was 62.4% ± 7.2% (Supplementary Figure 3), which is a typical value for oligotrophic ecosystems (Wang et al., 2009; Kaartokallio et al., 2013). LNA functional groups could survive and withstand limited nutrient environments due to their high affinity and binding-protein dependent uptake system (Salcher et al., 2011). In addition, LNA functional groups can adopt a dormancy strategy to withstand limited nutrient concentration (La Ferla et al., 2014). LNA functional groups have small microbial cell sizes (Proctor et al., 2018). The abundant microbial population in Greenland glacier ice core was dominated by small cells (Miteva and Brenchley, 2005). Small cell size is advantageous for more efficient nutrient uptake in oligotrophic conditions due to a larger surface-to-volume ratio, protection against predators, and occupation of microenvironments (Miteva and Brenchley, 2005). Consistently, Santos et al. (2019) pointed out that LNA functional groups are biomarkers of nutrient-limited environments.



Total Cell Concentration Was Proportional to the BC

TCC as a proxy has often been used to assess bioavailable carbon in the environment (Elhadidy et al., 2016), and it also reflected the level of nutrients (Sharuddin et al., 2018; Qi et al., 2021). In the temporal scale, TCC and BC displayed a similar increasing trend in NJKS and ZQP, respectively. BC and TCC remained relatively stable or slightly increased in 1960–1980; however, a rapid ascending pattern was observed after 1980 until 2006 (Figures 1A,B). We also found a positive relationship between the BC and TCC in both the NJKS and ZQP glaciers (ordinary least squares regression, adjusted R2 = .63, p < .001; Figure 1C). There might be two reasons for the increasing of TCC: (i) bacteria were brought onto the glacier by a carrier of BC. This finding was consistent with previous studies (Zhang et al., 2007; Yao et al., 2008; Liu et al., 2016b), which demonstrated atmospheric deposition was responsible for transporting bacteria and (ii) dissolved BC boosted accumulation of nutrient concentration on the glaciers and was available for bacterial reproduction during post-depositional process (Santibanez et al., 2018). Previously BC was considered recalcitrant and inaccessible for bacteria; however, BC is very reactive and oligotrophic bacteria can consume as a carbon source for their growth (Hartnett and Hamilton, 2016). It has been reported that UV light could stimulate chemical changes in BC and making it easier for degradation by microorganisms (Malits et al., 2015). Since most glacial regions receive maximum light all year round (Zheng et al., 2000; Shen et al., 2015), the levels of BC degradation will thereby increase resulting in increment of bacteria abundance.
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FIGURE 1. Temporal variation of total cells concentration (TCC) and black carbon (BC) concentration from 1960 to 2006 in Noijinkangsang (NJKS) and Zuoqiupu (ZQP) glacier ice cores and their correlation. Time trends (solid lines) of TCC and BC in NJKS (A) and ZQP (B). All trends were estimated using GAMs. The gray-shaded areas in the graphs represent the 95% CIs. (C) Correlation between TCC and BC across the two glacier ice cores. The gray-shaded areas in the graphs represent the 95% CIs.




Temporal and Seasonal Variation of LNA (HNA) Functional Groups


Temporal Variation

The abundance ratio of LNA-to-HNA functional groups decreased for the period examined (Figure 2), and the generalized additive model (GAM) analysis showed that the reduction was statistically significant (p < .05). Typically, the ratio of LNA functional groups was higher than HNA functional groups in oligotrophic conditions with minimum contamination (Servais et al., 2003; Salcher et al., 2011). On the other hand, compared with LNA functional groups, HNA functional groups are more sensitive to changes in nutritional environment (Santos et al., 2019). In other words, HNA functional groups highly related to increment of nutrients (Sharuddin et al., 2018). It should be noted that BC (p < .001) significantly and negatively correlated with the LNA-to-HNA ratio in both glaciers (Figure 3), which suggested that a dissolved fraction of BC could be responsible for the reduced LNA-to-HNA ratio. It is worth noting that a given bacterium can be sometimes categorized as LNA functional groups and sometimes HNA functional groups depending on environmental conditions (Wang et al., 2009; Martinez-Garcia et al., 2012). This classification inconsistency is mainly since LNA functional groups should be dormant under oligotrophic conditions, but then switch to an active condition following organic loading (Sharuddin et al., 2018; Santos et al., 2019). In fact, this feature can better explain the bioindicator value of LNA-to-HNA ratio since they sensitively respond to fluctuations in environmental conditions rather than they are only dependent on the community taxon composition.
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FIGURE 2. Time trends (solid lines) of Log10 (LNA/HNA) in NJKS (edf = 8.19) and ZQP (edf = 5.49) glacier ice cores. All trends were estimated using GAMs. The gray-shaded areas in the graphs represent the 95% CIs.
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FIGURE 3. Heatmaps showed the correlation of abiotic and biotic variables in NJKS and ZQP. Correlation coefficient denoted as p < .05 (*), p < .01 (**), and p < .001 (***).




Seasonal Variation

Seasonal fluctuation in the LNA-to-HNA ratio was also observed in the ZQP Glacier. O18 isotopic ratio, an Indian monsoon precipitation proxies (Yu et al., 2021), exhibited a negative correlation with the LNA-to-HNA ratio significantly (p < .001, Figure 3). As shown in Figure 4, LNA functional groups were more prevalent in the monsoon samples with an average LNA-to-HNA ratio of.14 ± .11 (Figure 4). Bacteria deposited during the monsoon period are partly originated from the Indian Ocean, which is dominated by LNA functional groups numerically (Zubkov et al., 2006). This could explain the higher LNA ratio during the monsoon season. The TCC also showed seasonal variation. TCC in monsoon samples (12.9 ± 4.7 × 103 cells/ml) was significantly lower (p < .01 or p < .001) than those in the pre-monsoon (18.4 ± 7.5 × 103 cells/ml) and post-monsoon samples (16.5 ± 9.3 × 103 cells/ml), while no significant difference was found between pre-monsoon and post-monsoon samples. This seasonal variation in the distribution of bacteria is related to the atmospheric circulation on the Tibetan Plateau (Yao et al., 2008). Specifically, a higher TCC was observed during the non-monsoon season, consistent with the higher atmospheric deposition loading brought by the westerlies (Kang et al., 2000).

[image: Figure 4]

FIGURE 4. Seasonal variation of Log10 (LNA/HNA), TCC and BC concentration in ZQP. Correlation coefficient denoted as p < .05 (*), p < .01 (**), and p < .001 (***).


Increasing BC on the Tibetan Plateau could influence bacterial distribution. BC variation exhibited an opposite trend of a lower concentration during the monsoon season (3.41 ± 2.47 ng/g) and higher during the pre-monsoon (7.38 ± 3.46 ng/g) and post-monsoon periods (6.39 ± 3.87 ng/g; Figure 4). There was no significant different between pre-monsoon and post-monsoon. Environmental factors can also affect the LNA-to-HNA ratio. Temperature exhibited a negative correlation with the LNA-to-HNA ratio significantly (p < .01; Figure 3). The temperature dependence of metabolic rates of bacteria in deep glacier ice was for survival of imprisoned bacteria (Price and Sowers, 2004). High temperature leaded to more activity bacteria, as recorded in the ice core. With principal coordinate analysis (PCoA), the pre-monsoon and post-monsoon samples were clearly clustered into one group and separated from the monsoon samples (Supplementary Figure 4), which was confirmed by dissimilarity test (PERMANOVA, p < .001).




Correlation Between BC and LNA and HNA Functional Groups

We applied Procrustes analysis to test for functional groups and BC factors across seasonal samples. Our analysis showed that BC variations correlated with functional groups using Euclidean distances in the non-monsoon season (Figure 5A, Procrustes, Monte Carlo p < .01, 999 permutations). This was consistent with the Mantel test results (r = .22, p = .003). Interestingly, we did not find a similar correspondence between BC variations and functional groups during the monsoon period (Figure 5A, Procrustes, Monte Carlo p = .36, 999 permutations). Variation partitioning analysis (VPA) further differentiated the contributions of BC factors and environmental factors on functional groups’ variations (Figure 5B). The BC (49.78%) showed a greater contribution to functional groups’ variations in non-monsoon. In comparison, BC only explained 4.44% for the functional groups’ variations in the monsoon season. The joint effects of multiple factors explained 2.26% and 16.45%, leaving 44.15% and 73.78% of functional groups’ variations in the non-monsoon and monsoon seasons, respectively. Both the Procrustes analysis and VPA results demonstrated that potential causal relationships may occur between LNA (HNA) functional groups and BC factors in the non-monsoon season.
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FIGURE 5. Relationships between BC and LNA and HNA functional groups. (A) Procrustes analyses of the correlations between BC and functional groups during non-monsoon and monsoon. M2 values represent the Procrustes sum of squares. Value of p represents the significance under 999 permutations test. (B) Variation partitioning analysis (VPA) differentiating the effect (%) of environmental factors and BC on proportion of LNA and HNA. (C) Schematic representation of HNA and LNA functional groups respond to BC under influence of Indian Monsoon.


A scheme illustrating how two functional groups respond to BC under influence of westerly winds and Indian Monsoon was proposed to explain the pattern observed (Figure 5C). During non-monsoon seasons, BC deposited onto the southeastern Tibetan Plateau by the westerly winds (Xu et al., 2009a). UV light could stimulate chemical changes in BC, leaching of dissolved BC boosts accumulation of nutrient concentration on the glaciers (Malits et al., 2015). The diverse characteristics of BC and high reactivity have the potential to alter microbial biomass growth, community structure, and activity in many ways. Bacteria transition from death or a dormant state (primarily LNA functional groups) to active growth (primarily HNA functional groups) in the nutrient-rich condition (Bouvier et al., 2007; Wang et al., 2009). Previous results have indicated that an immediate increase in bacterial abundance and metabolically activity in glaciers after BC deposition (Liu et al., 2016b; Santibanez et al., 2018). BC could adsorb organic matter and nutrients and serve as a nutrient reservoir for microorganisms (Busscher et al., 2008; Weinbauer et al., 2012).

In comparison, BC was lower during the monsoon seasons (Figure 4). This could be due to the high atmospheric moisture of the Indian monsoon that enhanced precipitation of BC before it reached glaciers (Xu et al., 2009a; Yang et al., 2021). LNA functional groups are dominant in nutrient-limited environments on account of their high nutrient acquisition efficiency (Sharuddin et al., 2018; Santos et al., 2019). Thereby, organic loads are crucial factors influencing the LNA-to-HNA ratio. This has been proposed previously that trophic statuses of the growth conditions were associated with LNA/HNA ratio (Santos et al., 2019). In this study, the higher proportion of HNA functional groups during the non-monsoon season could be related to their eutrophic status (Servais et al., 2003). This finding aligns with the microbial biogeography study of the same glacier that Actinobacteria, which is categorized as “overlapped” HNA (i.e., sometimes categorized as HNA and sometimes LNA; Vila-Costa et al., 2012; Proctor et al., 2018), was the dominant phylum with increasing BC concentrations (Liu et al., 2016b). The “overlapped” functional groups depend on environmental condition. The hypotheses of Bouvier et al. (2007) could explain “overlapped” functional groups: (i) that LNA functional groups consist of dormant groups that move to HNA when they become active in the optimal condition and (ii) that HNA functional groups consist of active groups that move into the LNA fraction after inactivation.




CONCLUSION

In this study, high-resolution temporal variations of bacterial abundance and functional groups in ice cores from the Tibetan Plateau were investigated. A variation of the LNA/HNA ratio was detected, which is a measure of the transition of bacterial community from a dormancy to an actively growth. Our data identified an accumulation of nutrient concentration on the glaciers over the last half-century and demonstrated the rapid deterioration of trophic status on the sensitive ecosystem due to increment of BC. The responses of bacteria endpoints to nutritional environment caused by anthropogenic activity indicated that endless BC emissions could result in serious and irreversible impacts on trophic statuses of the Tibetan Plateau. The fluorescent fingerprinting had considerable potential application for bacterial monitoring and early-warning detection of microbiological effects of BC.
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The objective of this study was to prepare biochar/clay composite particle (BCCP) as carrier to immobilize Ochrobactrum sp. to degrade ammonia nitrogen (NH4+-N), and the effects of calcined program and immobilizing material were investigated. Results reflected that the parameters were as follows: calcined temperature 400°C, heating rate 20°C min–1, and holding time 2 h, and the adsorption capacity could reach 0.492 mg g–1. Sodium alginate/polyvinyl alcohol, as embedding material, jointed with NH4+-N adsorption process and then degraded by Ochrobactrum sp. with 79.39% degradation efficiency at 168 h. Immobilizing Ochrobactrum sp. could protect strain from high salt concentration to achieve the exceeding degradation efficiency than free bacteria, but could not block the impact of low temperature.

Keywords: biochar/clay composite particle, calcined temperature, ammonia-oxidizing bacteria, immobilization, Ochrobactrum sp.


INTRODUCTION

Liaohe Estuary Wetland (LEW) owned the functions of regulating climate, alleviating flood peak, providing habitat for wildlife, and protecting biodiversity, and crab farming is the main industry there (Lin et al., 2016). Hence, serious ammonia nitrogen (NH4+-N) pollution was caused by excessive crab feed and contributed to the eutrophication in LEW (Hina et al., 2015).

A kind of biochar/clay composite particle (BCCP) absorbing NH4+-N was prepared with waste biochar and clay in LEW by previous studies and demonstrated that its removal effectively related to the ratio of materials, and the dosage of crosslinking agent and pore-forming agent (Huang et al., 2020). In fact, the calcined temperature and program of BCCP are also the key parameters restricting and affecting its adsorption performance and adsorption capacity depending on the changing of adsorption site quantity and adsorption material structures (Mandal and Mayadevi, 2008; Feng et al., 2013; Sun et al., 2015). Lin et al. (2009) found that the phenol adsorption capacity by nano-hydroxyapatite powder from aqueous solution reduced obviously when it was calcined at high temperature. For TiO2, the organic moieties were destroyed by high calcination temperature and affected the adsorption performance (Feng et al., 2020). On the contrary, Yan et al. (2018) prepared porous diatomite microspheres with different calcined temperatures, and concluded that the production was amorphous at 800°C and crystallized into crystobalite at 1,000°C. Nevertheless, whether a relationship between calcined temperature and NH4+-N adsorption capacity of BCCP exists or not needs to be further researched.

NH4+-N adsorption process is only the transfer of NH4+-N without complete conversion by ammonia-oxidizing bacteria (AOB). For LEW, the harsh environmental conditions of low temperature in winter and high salinity reduced the biological removal efficiency for NH4+-N. Therefore, screening high-efficiency degradation bacteria is a necessary method, and a previous study confirmed that an effective conversion process for NH4+-N could be achieved by salt- and cold-tolerant AOB under high-salt and low-temperature condition (Huang et al., 2017). Nevertheless, the application of high-effectivity degrading strains in a large-scale watershed faces an inevitable problem, i.e., the dilution of tide for using highly efficient AOB, which results in more difficult and inefficient application of traditional adsorption materials and biotechnology.

The immobilization technology of high-efficiency degradation bacteria is to fix the bacteria on a carrier, so as to solve the problem that the free high-efficiency degradation bacteria are washed away in the dynamic river. Hence, this technology is a potential application for wetland environmental restoration. Some previous studies have shown that immobilized strains could effectively remove reactive dyes, mineralize Ca2+ and Mg2+, and remove manganese (Reddy and Osborne, 2020; Yan et al., 2020; Atcharaporn et al., 2020). Meanwhile, whether this technology can maintain the degradation performance for salt- and cold-tolerant AOB converting NH4+-N and resist low temperature and high salt environment is worth discussing.

Therefore, the purpose of this study is to propose a method that can be applied to remove NH4+-N in LEW. Based on the previous research, BCCP was prepared and the influence of calcined temperature and program on its adsorption performance was discussed. Then, immobilized AOB was explored to investigate the contribution of different immobilization methods on NH4+-N degradation. Finally, salt- and cold-resistance characteristics of immobilization were further studied to deepen the application value of immobilization technology.



MATERIALS AND METHODS


Biochar, Clay, and Ammonia-Oxidizing Bacteria

The reed straw selected was washed with deionized water and dried at 105°C for 24 h in an open crucible to remove the surface magazine. Then it was crushed with a micro plant crusher (Beijing Weiye, Z102), screened to obtain 0.85 mm reed powder, and placed in a quartz tube inside a tube furnace to produce the biochar through slow pyrolysis in a N2 environment at 600°C for 3 h, respectively. The biochar samples were washed with deionized water several times to remove impurities, and then grinded into 0.15 mm powder and sealed in a container for further testing. The detailed information of the biochar characteristics is shown in Huang et al. (2020), and the composition of C, H, O, and N were 72.5, 4.18, 18.32, and 0.67%, respectively. The proportion of ash was 12.31%.

The clay was placed in an open crucible at 105°C for 24 h. Then it was crushed with a micro plant crusher (Beijing Weiye, Z102) and screened to obtain 0.15 mm clay powder.

The AOB was isolated from LEW with the characteristics of cold and salt tolerance and similar to the branch Ochrobactrum sp. The obtained 16S rDNA sequence of HXN-1 strain was registered in GenBank under accession numbers KP276672, and the characteristics of Ochrobactrum sp. and phylogenetic tree are listed in Huang et al. (2017). The details were as follows: catalase test (−), starch hydrolyzing enzyme test (+), citrate utilization test (+), MR test (−), glucose fermentation test (−), VP test (−), and indole test (−). The NH4+-N removal rate by Ochrobactrum sp. exceeds 60% at 15°C and 20‰ condition.



Preparation of Biochar/Clay Composite Particle

The optimum preparation formulation of BCCP and the proportion of raw material obtained in a previous study are demonstrated as follows: 15% biochar, 79% clay, 3% Na2SiO3, and 3% NaHCO3 (v/v) (Huang et al., 2020). These materials were mixed, placed in a disc-type ball-making machine (BY-300; TianZhuo, Zhengzhou) to produce BCCP with a particle size of 8∼10 mm, and dried at 45°C for 6 h in a constant temperature drying oven. The calcined process was slow pyrolysis in a N2 environment at 400, 450, 500, 550, 600, and 700°C for 3 h, respectively. Besides, the heating rate and holding time were optimized and their optimization scope was 5∼20 °C min–1 and 1∼4 h, respectively. The firing process is shown in Figure 1. The calcined process orthogonal test level of BCCP is demonstrated in Table 1.


[image: image]

FIGURE 1. Calcined program of BCCP and immobilization of Ochrobactrum sp.



TABLE 1. Calcined process orthogonal test level of BCCP.
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Adsorption Experiment of Biochar/Clay Composite Particles for Ammonia Nitrogen


Adsorption Batch Experiment

BCCP (1.0 g) calcined with six different temperatures were put into a 50-ml flask with pure NH4+-N solution and shaken at 150 r min–1 for 300 min at 25°C. Samples were collected at 5, 10, 20, 40, 60, 90, 120, 150, 180, 240, and 300 min. The samples were filtrated by 0.45-μm RC membrane to determine NH4+-N concentration.

The adsorption capacity during the adsorption period was calculated by Equation (1):
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where qt is the amount of NH4+-N during the adsorption time (mg kg–1); C0 and Ct (mg L–1) are the initial NH4+-N concentrations and different time residual concentration, respectively. V is the volume of reaction system (L), and m is the mass of adsorbent (g).



Adsorption Kinetics

The data coming from adsorption batch experiment were fitted with pseudo-first- and pseudo-second-order models and intraparticle model, the expressions as following Equations (2)–(4):
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where qe (mg⋅g–1) is the adsorbed amounts of NH4+-N by the BCCP at equilibrium time, and qt is the adsorbed amount at a given time interval (t). K1 and K2 are the rate constants for the pseudo-first- and pseudo-second-order models, respectively. Kp is the intraparticle diffusion rate constant (mg⋅g–1 min1/2), and C (mg g–1) is a constant that reflects the boundary layer effect. A plot of qt against t1/2 gave a linear relationship from which the Kp value was determined from the slope and C as the intercept.



Adsorption Isotherms

Freundlich and Langmuir equations were used to fit the adsorption isotherms of BCCP with different calcined temperatures, and the equation is given by
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where qe (mg⋅g–1) is the amount of NH4+-N adsorbed by the BCCP at equilibrium time, and qmax (mg g–1) and KL (L mg–1) are Langmuir constants that indicate the maximum adsorption and relative binding energy of BCCP, respectively. KF and n are Freundlich constants that measure the relative NH4+-N adsorption capacity and adsorption intensity of BCCP, respectively, while Ce (mg L–1) denotes the equilibrium concentration of NH4+-N remaining in solution after adsorption is complete.




Immobilization of Ochrobactrum sp. With Biochar/Clay Composite Particle

The AOB strain HXN-1 (Ochrobactrum sp.) used in this study was enriched with culture medium to OD600 = 0.6. The prepared BCCPs were soaked into high-efficiency degrading bacteria (OD600) for 24 h and afterward were transferred into the embedding solution for immobilization.

Two immobilization groups were set with sodium alginate (SA) and polyvinyl alcohol (PVA). (1) SA immobilization group: 2% SA aqueous solution and 2% CaCl2 aqueous solution were mixed and autoclaved at 121°C for 30 min. (2) SA/PVA immobilization group: 2% SA and 12% PVA aqueous solutions were prepared according to the aforementioned method. For the BCCP adhesive, two kinds of embedding liquid were transferred into 2% CaCl2 solution and saturated boric acid–2% CaCl2 solution, respectively, and afterward placed in a 4°C refrigerator for 24 h.



Batch Experiment of Ammonia Nitrogen Degradation by Ochrobactrum sp.


Influence of Immobilization Material and Bacteria on Ammonia Nitrogen Degradation

HXN-1was made into gel particles by the method of 2.4 and named SA-B and SA/PVA-B and the blank gel particles were named SA-C and SA/PVA-C. SA and PVA as base material to immobilize Ochrobactrum sp. was named SA/PVA-B, and as control group without adding Ochrobactrum sp. was named SA/PVA-C. The aforementioned gel particles were put into 100 ml of 50 mg L–1 NH4+-N medium, placed in a shaking incubator at 25°C, 180 r min–1 for 7 days, and NH4+-N concentration was measured daily. The medium characteristics were demonstrated in Huang et al. (2017). Free bacteria (FB) were used as a control group.



Influence of Salinity and Temperature on Ammonia Nitrogen Degradation

Six kinds of gel particles were, respectively, put into 100 ml of 50 mg L–1 NH4+-N solution with different salinities (0, 5, 15, 25, and 35‰) under 25°C condition. Also, the same six kinds of gel particles were with different temperatures (15, 20, 25, 30, and 35°C) with 5‰ salinity. All of these were placed in a shaking incubator and shocked with 180 r min–1 for 10 days and NH4+-N concentration was measured daily. Free bacteria were used as a control group.




Analytical Method

Fourier-transform infrared spectroscopy (FTIR) spectra were recorded between 400 and 4000 cm–1 on a Nicolet 6,700 Fourier transform spectrometer. Clay, biochar, and BCCP were pelletized from a mixture of 1.5 mg dried sample with 200 mg KBr.

The water sample was filtered with a 0.45-μm filter membrane (Minisart RC 15), and the NH4+-N concentration was measured with a Nessler reagent. Each sample was measured in triplicate, and their average value was analyzed.



Statistical Analysis

All experiment groups were set in three replicates, and the average values of each sample were calculated and showed in charts. Origin 8.6 software was used for drawing figures.




RESULTS AND DISCUSSION


Effect of Calcined Program on Ammonia Nitrogen Adsorption by Biochar/Clay Composite Particle

To a certain extent, the control of calcined program (calcined temperature, heating rate, holding time) changes the surface structure of BCCP and then affects the adsorption performance for NH4+-N. Previous studies have shown that the adsorption performance of biochar was affected by calcined temperature and heating rate (Yakkala et al., 2013; Mahdi et al., 2018). Therefore, orthogonal experiment was used in this study to discuss the effect of calcined program on NH4+-N adsorption by BCCP, and the results are demonstrated in Table 2. Different BCCPs prepared by calcined temperature, holding time, and heating rate resulted in unequal NH4+-N adsorption capacity. The minimum adsorption capacity was 0.394 mg g–1, the maximum value was 0.454 mg g–1, and the average adsorption capacity was 0.424 mg g–1. The adsorption capacity of BCCP fluctuated with the increase of calcined temperature, and the best adsorption capacity appeared at 400°C; the adsorption capacity was 0.446 mg g–1, and the lowest was 500°C with the adsorption capacity reducing to 0.402 mg g–1.


TABLE 2. NH4+-N adsorption by BCCP with different calcined programs.
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Heating rate has a significant impact on the adsorption properties of BCCP and the adsorption capacity of BCCP decreased first and then increased with the increase of heating rate. The maximum adsorption capacity appeared at 20°C min–1. It can be interpreted that the increase of flexural strength decreased the loss tangent tan α when the temperature rose slowly. Meanwhile, the material was uniform with low porosity. However, too fast temperature rising would make it difficult to discharge the gas in BCCP and inhibited the reduction of porosity. Therefore, the adsorption capacity increased when the heating rate was from 10 to 20°C min–1.

The increase of holding time also promoted the adsorption capacity of BCCP first and then decreased. The maximum value appeared at 2 h with 0.437 mg g–1 adsorption capacity. The influence of holding time on adsorption properties of BCCPs mainly included two aspects, i.e., one was to stabilize the physical and chemical changes of materials, and the other was to homogenize the tissue structure. Too long holding time was not conducive to the formation of a strong skeleton, reduced mechanical properties, and caused glaze crack (Yang and Chow, 2019). Therefore, the holding time needed to be moderate, and the best holding time was 2 h in this study.

The primary relation of calcined temperature, heating rate, and holding time on NH4+-N adsorption was judged according to the magnitude of extreme difference; the primary and secondary sequences of the three ingredients were ACB, which proved that calcined temperature occupied the most prominent position, and then holding time and heating rate owned the least impact. Besides, it was concluded that A1B4C2 was the best preparation condition for BCCP, and the parameters were as follows: calcined temperature 400°C, heating rate 20°C/min, and holding time 2 h.



Effect of Calcined Temperature on Ammonia Nitrogen Adsorption by Biochar/Clay Composite Particle


Ammonia Nitrogen Removal Performance

NH4+-N adsorption performances from aqueous solution by six BCCPs with different temperatures were conducted, and the results are shown in Figure 2. The adsorption equilibrium time among six experimental groups was 180 min, and the NH4+-N removal efficiency by BCCP adsorption was about 29.4∼34.5%. The removal efficiency at 400°C group was better than that of the other four groups with the adsorption capacity of 0.473 mg g–1. However, the value decreased first and then increased with the increase of calcined temperature. The same phenomenon existed in the research of Chen et al. (2018) who found that the surface area and pore volume of bentonite increased to 56.09 and 0.0611 cm3 g–1 when the calcined temperature was 400°C, respectively, but sharply declined to 30.53 and 0.051 cm3 g–1 at 800°C. Yan et al. (2018) prepared a kind of porous diatomite microsphere by spray drying method and the methylene blue adsorption capacity and removal efficiency demonstrated the maximum values when the calcined temperature was 600°C, and decreased when the temperature rose. Ojeda-López et al. (2021) found that adsorbent/adsorbate interactions for CO2, CH4, and N2 were inversely proportional to calcined temperature (CMF-600 > CMF-700 > CMF-800) by the mean of the isosteric enthalpy of adsorption measurements.
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FIGURE 2. Adsorption capacity at different calcined temperatures.


This was because the pore volume and Brunauer–Emmett–Teller (BET) surface area reached maximum at some temperature and decreased further with the increase of calcined temperature (Kar and Equeenuddin, 2019). The organic compounds presenting in biochar or clay would condense on the surface of the particles, and clog the pores to decrease specific surface area after cooling with the increase of calcined temperature (Atkinson et al., 2010). Also, four forms of water existed in clay minerals (i.e., surface adsorbed water, pore adsorbed water, crystalline water combined with octahedral cations at the edge of pore, and cationic structural water combined with octahedral layer), and high temperature led to the adsorbed water, pore water, and bound water in the material lost when the temperature was less than 600°C, and the carbon in biochar and clay was oxidized. Meanwhile, the decomposition of NaHCO3 increased the pores and adsorption in the green body. The decrease of adsorption capacity from 500°C might be due to the fission of C400 biochar fired at 400°C with the temperature rising to 500°C, and the forming of ash adsorbed in the pores of BCCP and reduced its adsorption performance for NH4+-N. When the temperature exceeded 600°C, the water in BCCP evaporated and decomposed violently, and the pore structure was deformed, the porosity decreased, and the adsorption capacity decreased.

Many materials were reported to adsorb NH4+-N, such as slag, biochar, and coal slag balls. The NH4+-N adsorption behavior of slag was found in either neutral or alkaline conditions with 3.1 mg g–1 sorption capacity (Zhang et al., 2013). Vu et al. (2017) prepared biochar using corncob and the highest adsorption capacity was 22.6 mg g–1. However, Kong et al. (2021) reported that the biochar prepared from distilled spirit achieved lees adsorption capacity (5.92 mg g–1). Wang et al. (2016) prepared coal slag balls using modified coal slag and organic binder (PVA) and the NH4+-N adsorption capacity was only 0.09 mg g–1. The higher adsorption capacity of biochar depends on the large specific surface area and abundant adsorption sites (Li et al., 2018, 2019), and composition was also a key factor affecting the adsorption capacity. In this study, the high proportion of inorganic clay in BCCP resulted in small adsorption capacity.



Adsorption Kinetics and Isotherm

Adsorption kinetics could be fitted by first-order kinetic model, second-order kinetic model, and intraparticle model, and all of them could well fit the NH4+-N adsorption process by BCCPs with different calcined temperature (Table 3). Comparing with first-order kinetic and intraparticle diffusion models, the second-order kinetic model was more suitable for describing the NH4+-N adsorption process by BCCPs, which was reflected by chemical adsorption processes including ion exchange among chemical bonds and adsorption process. Si–O–Si, –OH functional group on BCCP was involved in the reaction between chemical bonds during NH4+-N adsorption process (Figure 3). Yan et al. (2018) used porous diatomite microsphere to adsorb methylene blue and also found that the adsorption process followed the pseudo-second-order kinetic model.


TABLE 3. The adsorption kinetic parameters of BCCP under different calcined temperatures.
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FIGURE 3. FTIR of raw materials and biochar/clay at different calcined temperatures.


The adsorption equilibrium isotherm could reflect the distribution of adsorbate molecules in liquid and solid phases under an equilibrium state (Huang et al., 2020). Both Langmuir isotherm and Freundlich isotherm models could better fit NH4+-N adsorption by BCCP prepared with different temperatures (Table 4). However, Freundlich model with R2 = 0.941∼0.988 was more suitable than Langmuir model (R2 = 0.880∼0.946), and the conclusion was coincident with Yan et al. (2018). Adsorption site energy distribution characteristic and curvature in the isotherm could be responded by n in Freundlich model (Huang et al., 2020). The value of n was between 1 and 10 in this study, which proved that all adsorption processes of BCCPs with different calcined temperatures were preferential adsorption.


TABLE 4. The Langmuir and Freundlich adsorption isotherm constant of BCCP under different calcined temperatures.
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Fourier-Transform Infrared Spectroscopy Spectra of Biochar/Clay Composite Particles Under Different Temperatures

The FTIR is an essential technique to qualitatively determine characteristic functional groups of the adsorbents (Figure 3). The peak of IR curved at 1,030 cm–1 exhibited the introducing of Si–O–Si bonds on the BCCPs (Liu et al., 2012). The bands appearing below 1,100 cm–1 might be attributed to Si–O stretching, Si–O–Si bending, Si–O–Al bending, and Si–O–Mg bending vibrations (Chen et al., 2017). For the otherwise typical bands, the intensity of the OH stretch at approximately 3,420 cm–1 in the spectrum of clay was considerably larger than in the FTIR spectrum of the BCCP. The intensity of the CO32– stretch at approximately 1,440 cm–1 in the spectrum of BCCPs appeared depending on the addition of NaHCO3.




Ammonia Nitrogen Degradation Performance by Immobilizing Ochrobactrum sp. on Biochar/Clay Composite Particle


Comparison of Immobilization Methods for Ammonia Nitrogen Degradation

BCCP, as a carrier for microbial immobilization, is an effective method to ensure that the efficient flora continue its degradation efficiency in natural water and avoid the risk of free bacteria being dispersed to reduce its pollutant degradation performance (Huang et al., 2020). For maintaining its degradation efficiency, immobilization method becomes the main control factor restricting pollutant transformation in microbial immobilization process. In this study, immobilization method was studied first and the results are shown in Figure 4A. The immobilization of Ochrobactrum sp. exhibited preferable nitrogen removal capacities when ammonium chloride was used as the sole nitrogen source. During the initial stage of the experiment (the first 24 h), the gel particles (SA-C and SA/PVA-C groups) adsorbed NH4+-N from solution with high efficiency and their adsorption efficiencies were 22.59 and 29.59%, respectively, which were 10∼19% higher than that of the conclusion of Yan et al. (2020). Compared with two immobilization methods, on the contrary, the biodegradation performance of free Ochrobactrum sp. (FB group) at initial stage was very low (only 6.87% NH4+-N was transformed in 24 h) and NH4+-N removal efficiency reached 64.82% after 168 h. However, the value was 41.52 and 43.75% in SA-B and SA/PVA-B group, respectively, and they did not beat the FB group. Although the removal efficiency decreased, it could also be concluded that SA/PVA as immobilized material was more appropriate.
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FIGURE 4. NH4+-N removal efficiency by immobilized Ochrobactrum sp. (A) Comparison of immobilization methods and (B) NH4+-N removal efficiency by immobilization of Ochrobactrum sp. on BCCP. FB, free Ochrobactrum sp. without any immobilization methods; SA-B, SA as base material to immobilize Ochrobactrum sp.; SA-C, SA as control group without adding Ochrobactrum sp.; SA/PVA-B, SA and PVA as base material to immobilize Ochrobactrum sp.; SA/PVA-C, SA and PVA as control group without adding Ochrobactrum sp.; BC, BCCP alone for adsorption as control group.


The fact that more nitrogen source and oxygen were obtained by free bacteria than immobilized bacteria prolonged the removal time by gel particle–immobilized bacteria (Yan et al., 2020). However, gel particles could provide stable micropores and protect cells from environmental changes and toxic substances (Hsieh et al., 2008; Hou et al., 2013). Zhang et al. (2021) prepared magnetic PVA–SA–diatomite composite carriers for immobilized microorganism and the highest NH4+-N removal rate reached 72.5% at 12 h. It was found that the adsorptions of NH4+-N by non-magnetic ingredients and Fe3O4 contributed 21.2 and 25.5%, respectively, and microorganism metabolism contributed 53.2%. Immobilized degrading bacteria in PVA–SA hydrogel bead was also reported to remove polycyclic aromatic hydrocarbons (PAHs) and the removal efficiency was around 77% in 96 h (Chen et al., 2021). Liu et al. (2019) investigated the effect of PVA–SA–cell cryogel bead–immobilized Bacillus sp. on the degradation of phenanthrene. The results indicated that the use of gel beads increased the number of adsorption sites to accelerate phenanthrene degradation.



The Improvement of Ammonia Nitrogen Degradation With Biochar/Clay Composite Particle as Carrier

On the basis of optimizing the immobilization method, BCCP was proposed as a carrier for Ochrobactrum sp. immobilization and the NH4+-N removal efficiency is demonstrated in Figure 4B. The strong adsorption of BCCP and gel made NH4+-N removal rate reach a high value on the first day. The efficiency of BC group (BCCP alone for adsorption as control group, 30.95%) was higher than that of SA/PVA-C group (29.94%), which reflected that the adsorption performance of gel particle was lower than BCCP and gel hindered the adsorption process of BCCP. Until 168 h, the removal efficiency was 34.35 and 31.55%, respectively, and little change was discovered during the process. On the contrary, the degradation efficiency of free Ochrobactrum sp. was dilatory and only 6.87% was achieved at the first 24 h, and increased to 84.82% at 168 h. This phenomenon reflected that biodegradation played its advantages. For SA/PVA-BC-B group, the degradation efficiency of NH4+-N kept higher than free Ochrobactrum sp. during the reaction process and it was up to 79.39% at 168 h, which exceeded 14.57% than free Ochrobactrum sp. group.

Compared with SA/PVA for microbial immobilization without adding BCCP, the results showed that BCCP as carrier to immobilize Ochrobactrum sp. could improve its degradation efficiency for NH4+-N. Because the porous structure of BCCP provided a larger surface area and a greater number of holes, it could store more substrate and promote microbial growth. The porous structure of BCCPs provides larger specific surface area and more pores, and can store more matrix and promote microbial growth (Chen et al., 2016).



Ammonia Nitrogen Degradation Mechanism of Immobilizing Ochrobactrum sp. With Biochar/Clay Composite Particle

Based on the aforementioned research results, the NH4+-N degradation mechanism of immobilizing Ochrobactrum sp. with BCCP is demonstrated in Figure 5. The potential mechanisms were summarized as follows: the physical adsorption of gel and BCCP promoted NH4+-N accumulation rapidly on the surface of BCCP, and provided more appropriate condition for microbial degradation. However, the gel covering on BCCP had a certain resistance for BCCP adsorption. Besides, the Ochrobactrum sp. embedded in gel could degrade the high concentration of NH4+-N adsorbed on BCCP surface. The porosity of BCCP provides a necessary place for Ochrobactrum sp. growth and reproduction, and the adsorption driving force from BCCP promoted the biotransformation of Ochrobactrum sp.
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FIGURE 5. NH4+-N removal mechanism by immobilization of Ochrobactrum sp. on BCCP.





Effect of Salinity and Temperature on Nitrogen Removal


Effect of Salinity

Microbial immobilization can resist the adverse environment. Salinity, as an important factor, affected the growth of microorganisms and osmotic pressure of cell membrane. In high-salinity environment, the growth of microorganisms was inhibited (Wang et al., 2017). The effect results of salinity on NH4+-N degradation are demonstrated in Figure 6A. For low salinity (lower than 5‰), free Ochrobactrum sp. group kept high NH4+-N removal efficiency (89.37–90.43%) and the degradation performance decreased to 36.24% when the salinity was up to 35‰. The phenomenon reflected that the nitrification process of Ochrobactrum sp. was inhabited under high salinity condition. However, the NH4+-N degradation efficiency was 69.32∼72.31% in 0 and 5‰ experiment groups, and the immobilization with BCCP produced a marked enhancement performance that displayed 12.47% higher than free Ochrobactrum sp. when the salinity increased to 35‰. Gao et al. (2020) found that immobilized materials owned a protective effect on bacteria in environments with high salinity and bacterial growth was inhibited when the salinity was higher than 15‰. Bacteria needed to obtain additional energy from the substrate to maintain cell activity in a high-salinity environment, and they could gradually adapt to high salinity environments over time (Moussa et al., 2005; Ge et al., 2019).
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FIGURE 6. Effects of (A) salinity and (B) temperature on different immobilized biomaterials. FB, free Ochrobactrum sp. without any immobilization methods; SA/PVA-B, SA and PVA as base material to immobilize Ochrobactrum sp.




Effect of Temperature

Temperature is another key factor affecting microbial growth and enzyme activity, and the low temperature resistance for immobilized microorganisms is shown in Figure 6B. The NH4+-N removal efficiency of free or immobilized Ochrobactrum sp. groups increased with the temperature increasing from 15 to 30°C, while the efficiency decreased rapidly at 35°C. Compared with free bacteria group, microbial immobilization did not show its advantages, and its degradation efficiency was inferior to free Ochrobactrum sp. under different temperature conditions. For free bacteria group, 81% degradation efficiency was achieved at 30°C, which was 20% more than immobilized Ochrobactrum sp. group. For AOB, the optimal temperature is 30°C and bacteria grow perfectly at this temperature (Huang et al., 2017). When the temperature was lower than the optimal temperature, it affected the enzymatic reaction of cells and limited the growth rate of bacteria (Serra-Maia et al., 2016; Binnal and Babu, 2017; Huang et al., 2017; Manhaeghe et al., 2019). On the contrary, higher temperature could inactivate certain proteins in cell, reduced the activity of the microorganism, and even led to cell death (Ras et al., 2013; Serra-Maia et al., 2016; Nwoba et al., 2019). In this study, immobilized Ochrobactrum sp. did not play an effective role in resisting low temperature, but protected the Ochrobactrum sp. from the changes in salinity. The reason might be that as SA and PVA are the embedding materials of immobilized Ochrobactrum sp., the dense protective layer formed by them could buffer the salt concentration of microbial layer on the surface of BCCP, but could not block the impact of low temperature.





CONCLUSION

The optimum calcined parameters of CBBP were calcined temperature 400°C, heating rate 20°C min–1, and holding time 2 h, and the composite particle owned better adsorption performance with 38.75% NH4+-N removal efficiency and 0.492 mg g–1 adsorption capacity. SA/PVA was more suitable as embedding material and jointed with BCCP (carrier) adsorbing NH4+-N, which was then degraded by Ochrobactrum sp. with the degradation efficiency of 79.39% at 168 h. Immobilizing Ochrobactrum sp. could protect the strain from high salt concentration to achieve the exceeding degradation efficiency than free bacteria; however, it could not block the impact of low temperature.
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It is widely believed that biochar plays an essential role in sequestrating pollutants. The impacts of biochar on microbial growth, and consequently on the environmental fate of pollutants, however, remains poorly understood. In this study, wheat-straw-derived biochar was used to investigate how biochar amendment affected Shewanella oneidensis MR-1 growth and roxarsone transformation in water under anaerobic conditions. Three biochar with different physicochemical properties were used to mediate the roxarsone degradation. The results showed that the degradation rate of roxarsone could be accelerated by the increase of biochar pyrolysis temperature. From the characterization of biochar, the total specific surface area, micropore surface area and micropore volume of biochar increase, but the average pore diameter decreases as the pyrolysis temperature increases. Through infrared spectroscopy analysis, it was found that as the pyrolysis temperature increases, the degree of condensation of biochar increases, thereby increasing the pollutant removal rate. From the changes of the relative concentration of MR-1 and its secreted extracellular polymer content, the growth promotion ability of biochar also increases as the pyrolysis temperature increases. These results suggest that wheat-straw-derived biochar may be an important agent for activating microbial growth and can be used to accelerate the transformation of roxarsone, which could be a novel strategy for roxarsone remediation.
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INTRODUCTION

As human demand for meat continues to increase, the poultry industry has gradually become one of the fastest-growing agricultural sectors in decades. Through the extensive application of veterinary drugs and feed additives, production efficiency and product quality have been improved (Sarmah et al., 2006). Roxarsone (3-nitro-4-hydroxyphenylarsine) was first produced 70 years ago, which was used as feed additives to control coccidial intestinal parasites and prevent parasitic infections and improve the pigmentation of meat (Silbergeld and Nachman, 2008; Nachman et al., 2013). The use of roxarsone in the poultry industry has been banned in most developed countries, including China, but long-term extensive usage has resulted in a massive accumulation of roxarsone in the environment (Huang et al., 2019; Wang G. et al., 2020). Roxarsone is barely decomposed within the animal body, and is usually excreted as its initial form along with the animal waste (Makris et al., 2008). Along with the storage or field application of animal waste or direct discharge into the environment, roxarsone can easily enter into the surface- or ground-water and soil due to its water-soluble capacity (Silbergeld and Nachman, 2008; Huang et al., 2019). Roxarsone can be oxidized, reduced, methylated or demethylated through numerous physical, chemical and biological interactions, and eventually produce a variety of arsenic compounds (Garbarino et al., 2003; Chen et al., 2016; Han et al., 2017; Oyewumi and Schreiber, 2017).

Shewanella species are widely distributed in freshwater, marine, soil and sedimentary, environments (Heidelberg et al., 2002; Harris et al., 2010). Many strains of Shewanella species can couple anaerobic growth with the respiratory reduction of minerals and other high-redox potential contaminants (Aulenta et al., 2013; Shi et al., 2016; Wang H. F. et al., 2020). To accomplish this coupling, Shewanella strains usually metabolize substrates to generate electrons and transport them to the outer surface of the membrane, where contaminants are reduced directly or indirectly (Kato et al., 2012; Shi et al., 2016; Wang H. F. et al., 2020). Some organic matter, such as biochar and humic substances, can mediate electron transfer at the interface between microbes and acceptors, thus accelerating the biochemical transformation (Klüpfel et al., 2014b; Pignatello et al., 2017; Stern et al., 2018; Wang H. F. et al., 2020).

Natural organic matter (NOM)-mediated microbial redox reactions are important for the biogeochemical cycles of carbon and redox-active compounds. Biochar, a significant fraction of natural organic matter, is produced by incomplete combustion and usually has the advantages of eco-friendly properties, reusability and cost-effectiveness (Kappler et al., 2014; Hemavathy et al., 2020; Gayathri et al., 2021). Biochar usually have a highly porous structure, multiple surface functional groups, and condensed aromatic structures, these properties confer biochar with great potential for many environmental and ecological application (Ahmad et al., 2014; Xu et al., 2019; Wang H. F. et al., 2020). Biochar not only could accept or release electrons (Klüpfel et al., 2014a). It also could act as an electron mediator (i.e., electron shuttle) to accelerate redox reactions (Saquing et al., 2016). Previous studies have shown that biochar can facilitate the biochemical degradation of toxic organic compounds (Zhang et al., 2019; Wang H. F. et al., 2020). The surface functional groups and condensed aromatic structures constitute the electroactive components in biochar (Sun et al., 2017). However, limited knowledge is available for the role of biochar in the redox reaction for roxarsone.

Therefore, the central goal of this work is to compare roxarsone removal by Shewanella oneidensis MR-1 in the presence and absence of biochar, and to elucidate the influence of biochar on the biotransformation of roxarsone.



MATERIALS AND METHODS


Materials

The raw material for preparing biochar in this experiment was wheat straw (from Hebei Province, China). The preparation method of biochar adopts the method in references (Zuriaga-Agustí et al., 2013; Lyu et al., 2016). Briefly, the dried wheat straw powder was heated at 300, 500, and 600°C for 2 h in a stainless-steel reactor in a Muffle Furnace under the O2-limited condition. After it was cooled to room temperature, and then passed through a 100-mesh sieve and washed with deionized water until the biochar was neutral. Keep it in a sealed bag and place it in a desiccator for later use. Biochar prepared at 300, 500, and 600°C were termed 300BC, 500BC and 600BC.

Shewanella oneidensis MR-1 was cultivated in LB medium at 30°C. After incubation for 16 h, 50 mL of the culture was centrifuged (6,000 g for 5 min), and the cell pellet was washed twice with anoxic bicarbonate buffer (pH 7) and suspended in the same buffer.



Methods

Microbial degradation experiments were conducted in 50 mL anaerobic bottles. The experiments were designed into 5 groups, divided into biochar combined with MR-1 group (called 300BC biotic, 500BC biotic, and 600BC biotic), MR-1 alone group (called only MR-1), and blank group. Each group has three parallel samples. The initial concentration of roxarsone was 1.0 mmol/L, the initial concentration of MR-1 (OD600) was 0.8, and 5 mmol/L of sodium lactate was added as an exogenous carbon source. The N2/CO2 (80:20) mixed gas was purged into the butyl-stopper glass bottles for 15 min to remove oxygen. The anaerobic flask was placed in a constant temperature shaker under dark conditions. The parameters of the shaker were set to 100 rpm and 30°C. When the reaction time was 12, 24, 36, 48, 84, 132, 168, and 192 h, the concentration of roxarsone in the sample was analyzed. When the reaction time was 0, 48, 72, and 100 h, the extracellular polymer was extracted, and the protein and polysaccharide content were determined.

In this experiment, the concentration of roxarsone was determined by a high-performance liquid chromatograph (Flexar, PerkinElmer, United States), and the wavelength was 264 nm. The chromatographic column used in the determination was a C18 column (4.6 mm × 150 mm). The mobile phase was composed of 0.05 mol/L potassium dihydrogen phosphate (KH2PO4), methanol, and 10% glacial acetic acid (V/V). The volume ratio was 95:5:0.1, and the mobile phase flow rate was set to 1.0 mL/min. The column temperature was 30°C.

Extracellular polymeric substances (EPS) was extracted by an improved cation exchange resin method (Liang Z. W. et al., 2010; Zuriaga-Agustí et al., 2013). 10 mL of bacterial suspension was placed in a centrifuge tube, centrifuged at 2,000 g for 15 min at 4°C, and the supernatant was discarded. Resuspend the pellet with 10 mL PBS buffer. Add 1 g of sodium type 732 type cation exchange resin (20–50 mesh) to the suspension, which was shaken at 40 rpm for 6 h at 4°C, and then centrifuged for 15 min with a high-speed centrifuge. The centrifuge parameters were set to 4°C and 10,000 g. After centrifugation, the supernatant was filtered with a 0.22-μm polyethersulfone filter, and stored at −20°C for testing. The sulfuric acid-anthrone method was used to determine the polysaccharides in EPS (Yuan et al., 2011). The BCA protein concentration determination kit was used to detect the protein content. To determine the relative concentration of MR-1 in different groups, 5 mL samples were taken from the treatment groups at 24, 48, and 84 h, the OD600 value was measured with a microplate reader.

The physical and chemical properties of biochar samples (300BC, 500BC, and 600BC) were analyzed by JOEL JSM-7800F field emission scanning electron microscope (FE-SEM), American Mike ASAP 2460 multi-station extended automatic rapid surface area analyzer, the Nicolet iS50 Fourier transform infrared spectrometer. The surface group in biochar samples are analyzed by solid-state 13C nuclear magnetic resonance (NMR) spectroscopy on a 400 MHz NMR spectrometer (Advance III WB 400, Bruker, Germany).

The degradation rates of roxarsone by MR-1 in the presence and absence of biochar were analyzed by one-way analysis of variance (ANOVA) followed by Duncan test using SPSS 27.0 software. The results were considered significant when the p value was less than 0.05.




RESULTS AND DISCUSSION


Roxarsone Transformation Kinetics in the Presence of Biochar and MR-1

The biotransformation of roxarsone in the presence and absence of biochar was shown in Figure 1. According to the results in Table 1, roxarsone was almost completely degraded in all groups within 68 h. It was found that the degradation rates of roxarsone at 68 h were: 600BC biotic > 500BC biotic > 300BC biotic > only MR-1, and the degradation rates were increased by 9.79, 6.84, and 3.23% with the addition of 600BC, 500BC and 300BC. Therefore, biochar had a promoting effect on removing roxarsone by MR-1. The ability of biochar to promote the degradation of roxarsone by MR-1 was followed as: 600BC > 500BC > 300BC. It was found that the change of ln(C0/Ct) with time (t) showed a good linear relationship (C0 is the initial concentration of roxarsone, Ct is the concentration of roxarsone remaining in the reaction when the reaction time is t), in line with the first-order kinetic reaction fitting equation. The kinetic curves of the removal of roxarsone by MR-1 in the presence and absence of biochar were shown in Figure 1B. The average rate constant fitted by the first-order kinetic equation was 0.017 h–1 in the only MR-1 group, and the removal rates of roxarsone by MR-1 combined with biochar group were greater than that of only MR-1 group. According to the results in Table 2 the average rate constants in MR-1 combined with 300BC, 500BC, and 600BC groups were 0.020, 0.024, and 0.032 h–1, which showed the order: 600BC biotic > 500BC biotic > 300BC biotic. It can be seen that when the pyrolysis temperature is in the range of 300–600°C, the higher the pyrolysis temperature of biochar, the greater the promotion effect of biochar on the removal of roxarsone by MR-1. Lehmann et al. (2011) summarized a large amount of literature and found that the addition of biochar in most studies can increase the biomass of microorganisms. On the other hand, Klüpfel et al. (2014b) found that in the process of biochar combined with MR-1 for oxidation-reduction, the biochar produced at the medium to high temperature pyrolysis temperature (400∼600°C) showed the highest ability to accept and supply electrons, while the low-temperature pyrolysis temperature (300°C) biochar has the worst effect. Because the pyrolysis temperature of biochar was related to its transfer rate of electrons, it affected the speed of MR-1’s reaction to remove roxarsone. Zhang et al. (2019) found that with the increase of pyrolysis temperature, the conversion ability of biochar was gradually changing from the supply of electrons to the dominance of electrons. The surface functional groups and condensed aromatic structure play an important role in the reaction.


[image: image]

FIGURE 1. Biotransformation of roxarsone by MR-1 in the presence and absence of biochar. (A) The concentration of roxarsone within reaction time. (B) The change of ln(C0/Ct) with reaction time.



TABLE 1. Degradation rates of roxarsone by MR-1 in the presence and absence of biochar.
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TABLE 2. Kinetic parameters of roxarsone removal by MR-1 in the presence and absence of biochar.
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Extracellular Polymeric Substances Changes of MR-1 Under Different Biochar

In order to explore the effect of biochar on the secretion of the extracellular polymer by MR-1, the content of protein and polysaccharides at 48, 72, and 100 h in different treatments were measured, as shown in the Figure 2. It can be seen that the changing trend of the protein concentration and polysaccharides concentration was the same in the presence and absence of biochar. At the same time, the polysaccharides and protein content in the only MR-1 group was higher than that of biochar combined with MR-1 group. And in the presence of biochar, the polysaccharide and protein content in the 300BC biotic group was the highest, and that in the 600BC biotic group was the lowest. Therefore, the higher the pyrolysis temperature of the biochar, the lower the content of polysaccharides and proteins produced by MR-1 during the reaction. Because the poorer the living environment of MR-1 was, the more extracellular polymers were secreted, MR-1 can adapt to the surrounding environment to ensure survival (Vu et al., 2009). The results showed that MR-1 survives well in the presence of biochar, and the growth environment of 600BC was the best, followed by the growth environment of 500BC, and the growth environment of 300BC was the worst. This was because, on the one hand, biochar can provide nutrients for microorganisms; on the other hand, because of its large surface area, porous structure, and strong affinity for microorganisms, biochar can be used as a habitat for microorganisms (Lehmann et al., 2011; Wahla et al., 2020).
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FIGURE 2. Changes of protein (A) and polysaccharides (B) of MR-1 in the presence and absence of biochar.




The Relative Concentration Changes of MR-1 Under Different Biochar

As shown in Figure 3, the OD values in the presence and absence of biochar decreased as the reaction time lasted, which inferred that the MR-1 is in the stationary and decline phase and the proliferation slowed down as the degradation of roxarsone. The OD values in the only MR-1 group decreased fastest. In the presence of biochar, the OD value of MR-1 in the whole reaction process was sorted: 600BC biotic group > 500BC biotic group > 300BC biotic group. Moreover, when the reaction reached 84 h, the OD values in the presence of biochar were much greater than that of only MR-1 group, especially the OD value of the 600BC biotic group was the largest. The living or dead states of MR-1 in the presence and absence of biochar was determined by Live/Dead assay using a laser scanning confocal microscope when the reaction reached 55 h (Supplementary Figure S1). In 600BC biotic group, most of the MR-1 exhibit green fluorescence, which indicated that the number of live MR-1 was much larger than the dead MR-1, and the growth activity is the best compared to other groups. The addition of biochar made the bacteria grow better, and the activity was better. The addition of biochar benefited to the MR-1 growth, which was consistent with previous research results. Liang B. Q. et al. (2010) studied the effect of biochar on microorganisms in soil, and found that the biomass of microorganisms in soils with high biochar content was 125% higher than that in adjacent soils with low biochar content.
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FIGURE 3. Changes of OD in the presence and absence of biochars.




The Physical and Chemical Properties of Biochar


Microscopic Morphology of Biochar

Figure 4 was a scanning electron micrograph of biochar prepared under the conditions of pyrolysis temperature of 300, 500, and 600°C. It can be seen from the figure that there were wrinkles, micropores, different pore structures and morphologies on the surface of biochar. When the pyrolysis temperature was 300°C, there were fewer particles and massive debris on the surface of biochar. When the pyrolysis temperature rose to 500 and 600°C, cellulose, lignin, and other components in biomass were decomposed gradually with the increase of pyrolysis temperature, and the surface of biochar became more wrinkled at 600°C. Therefore, the pyrolysis temperature had a great influence on the surface microstructure of biochar.


[image: image]

FIGURE 4. Electron micrographs of biochar at different pyrolysis temperatures before the reaction [panels (A,B) are 300BC; panels (C,D) are 500BC; panels (E,F) are 600BC].




Analysis of Specific Surface Area and Pore Structure

In order to further understand the difference in morphology of biochar at different pyrolysis temperatures, the specific surface area and pore structure of the biochar were analyzed by the BET specific surface area analyzer. The specific surface area, pore volume, and pore size of the biochar at different pyrolysis temperatures were measured, which was shown in Table 3. Compared with 300BC, when the pyrolysis temperature was increased to 600°C, the specific surface area of biochar increased significantly. The total specific surface area increased from 2.08 to 162.04 m2/g. The micropore surface area occupied 79.3% of the total specific surface area, indicating the existence of a large number of internal pores. And the average pore diameter decreased with the increase of pyrolysis temperature. When the pyrolysis temperature increased from 300 to 500°C, the pore volume of micropores increased significantly, from 0.0004 to 0.0132 cm3/g, an increase of more than 30 times. In the pyrolysis temperature range of 500–600°C, the specific surface area and pore volume of biochar increased, which may be due to the decomposition of cellulose and fat of wheat straw. Chang et al. (2017) found that the higher the temperature in the biochar preparation process, the larger the internal pore volume. when the pyrolysis temperature rose from 200 to 600°C, the number of micropores in the prepared biochar also increased significantly.


TABLE 3. Specific surface area, pore volume, and pore diameter of biochar.

[image: Table 3]
When biochar was applied to the soil, its pore size may have an extremely important effect on the growth of MR-1. Researchers have speculated that both bacteria and fungi can better defend against competitors by exploring the pore environment in biochar. Although there is currently no quantifiable evidence to prove that the pores of biochar have a protective effect on microorganisms, the pore size distribution of biochar and microorganisms, as well as the visually detectable results, provide a basis for this hypothesis. There has been some evidence that pore size has a significant influence on the retention of microorganisms (Saito and Marumoto, 2002; Lehmann et al., 2011).



Infrared Spectroscopy Analysis of Biochar

The Fourier infrared transform spectra of 300BC, 500BC, and 600BC were shown in Figure 5, respectively. First, the peak at 3,430 cm–1 was considered to be caused by the stretching vibration of OH. The 2,924–2,927 cm–1 and 1,377 cm–1 represented the aliphatic C-H stretching vibration absorption peaks on the biopolymer (Such as cellulose, hemicellulose, and lignin), 1589 cm–1 was aromatic C = C absorption peak, and 1,110 cm–1 was the CO stretching vibration absorption peak of hydrocarbons (Schwanninger et al., 2004; Tatzber et al., 2009). Finally, at 788–881 cm–1 was the plane vibration of C-H on aromatic carbon. With the increase of pyrolysis temperature, the aliphatic C and O-containing functional groups in the hemicellulose, cellulose, and lignin in the biomass gradually disappear. The absorption peak of -OH at 3,440 cm–1 gradually decreased, and that of C=C and C-H on aromatic carbon increased. Further, the NMR spectroscopy also reveal an enhancement of aromatic C=C and ketone groups (C=O) with increasing pyrolysis temperature (Supplementary Figure S2). Both aromatic C=C and C=O are necessary for high-performance electron exchange capacity (Wang H. F. et al., 2020). The temperature was positively related to the aromatic cluster size (Cao et al., 2012). Based on these, it can be inferred that as the degree of condensation of biochar increased, the ability of the electron shuttle may increase, thereby increasing the pollutant removal rate. However, the “mediator mechanism” of biochar need further study.
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FIGURE 5. Infrared spectra of biochar prepared at different pyrolysis temperatures.






CONCLUSION

In this paper, roxarsone biotransformation was promoted by the biochar. The higher the pyrolysis temperature of biochar, the higher the biotransformation rate. When the pyrolysis temperature increases, the pore volume and specific surface area of biochar increase, and MR-1 grows better. Through infrared spectroscopy and NMR analysis, it can be seen that as the pyrolysis temperature increases, the degree of condensation of biochar increases, thereby increasing the removal rate of pollutants. However, the mechanism of biochar mediating the biochemical transformation of roxarsone needs more attention. The transformation mechanism of roxarsone was not studied in this paper, which was important in the arsenic geochemical cycle.
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Arbuscular mycorrhizal fungi (AMF) can form symbiotic relationships with most terrestrial plants and regulate the uptake and distribution of antimony (Sb) in rice. The effect of AMF on the uptake and transport of Sb in rice was observed using pot experiments in the greenhouse. The results showed that AMF inoculation increased the contact area between roots and metals by forming mycelium, and changed the pH and Eh of the root soil, leading to more Sb entering various parts of the rice, especially at an Sb concentration of 1,200 mg/kg. The increase in metal toxicity further led to a decrease in the rice chlorophyll content, which directly resulted in a 22.7% decrease in aboveground biomass, 21.7% in underground biomass, and 11.3% in grain biomass. In addition, the antioxidant enzyme results showed that inoculation of AMF decreased 22.3% in superoxide dismutase, 9.9% in catalase, and 20.7% in peroxidase compared to the non-inoculation groups, further verifying the negative synergistic effect of AMF inoculation on the uptake of Sb in rice. The present study demonstrated the effect of AMF on the uptake and transport of Sb in the soil–rice system, facilitating future research on the related mechanism in the soil–rice system under Sb stress.
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HIGHLIGHTS


-AMF should reduce the plant physiological character like decrease in chlorophyll and biomass under different concentration of Sb in the soil-rice system.

-AMF inoculation leading to more Sb entering various parts of the rice.

-Inoculation of AMF increased metal toxicity further led to a decrease in rice biomass.

-The activity of antioxidant enzyme decreased further verifying the negative synergistic effect of AMF inoculation on the uptake of Sb in rice.





INTRODUCTION

Antimony (Sb) is a carcinogenic element. Excessive Sb exposure leads to serious health consequences for humans, causing damage to the respiratory, cardiovascular, and urinary systems (Schnorr et al., 1995). Therefore, Sb was listed as a priority pollutant by the European Union (Filella et al., 2002) and the Environmental Protection Agency (Wei et al., 2015). Moreover, the antimony compound was listed as group 2B by the International Agency for Research on Cancer (IARC) (Saerens et al., 2019), and a restrictive pollutant by China. At present, the main sources of Sb pollution are anthropogenic activities, such as mining, metallurgy, alloy, fireproof materials, and medicines (Fan et al., 2016). In China, Sb concentrations in the soil can reach 3,365–5,949.2 mg/kg in the surrounding area of Sb mines at LengShuiJiang, Hunan province (Li et al., 2018; Zhang Q.M. et al., 2020; Zhang Y.X. et al., 2020), and the Sb content in paddy soil surrounding Xikuangshan was over 1,500 mg/kg (Okkenhaug et al., 2012). Although Sb is a non-essential element to plants, Sb in the soil can readily accumulate in plants and enter the food chain. Rice is a staple food crop, providing for 3 billion people in the world (Ren et al., 2014). Therefore, rice safety is crucial to the global population. The World Health Organization (WHO) reported that rice is the major pathway for Sb to enter the food chain, accounting for 33% of the intake of Sb in the human body. Wu et al. (2011) reported that the Sb concentration of rice can reach up to 0.93 mg/kg near the XiKuangShan mine. The tolerable daily intake (TDI) of Sb near the XiKuangShan mine is 1.54-fold higher than the WHO recommended value (Wu et al., 2011). Therefore, research on rice uptake and transport of Sb in soil–rice systems for food safety has become particularly important.

Microorganisms are essential components in soil–plant systems. The interaction between microorganisms and plant is important component in ecosystem, and was considered as an important partner that regulate local and systemic mechanisms in plant (Meena et al., 2017). Therefore, it is inevitable to consider the effect of microorganisms on the uptake and transport of Sb in soil–rice systems. AMF are a category of beneficial microorganisms in which all species identified belong to Glomeromycota (Redecker et al., 2013), and AMF can form symbiotic relationships with more than 80% of terrestrial plants (Wang and Shi, 2008). A large number of papers have reported AMF can form symbiosis with rice (Chen et al., 2017; Parvin et al., 2019). For example, Parvin et al. (2019) used high throughput Illumina sequencing found that there were 77 operational taxonomic units (OTUs, based on a sequence similarity threshold of 97%) from eight AMF families from 45 rice fields. In addition, AMF can form symbioses with plants when the plants are exposed to excessive Sb (Wei et al., 2015; Pierart et al., 2018; Xi et al., 2021). AMF accelerate the growth of plants by improving essential mineral element uptake, changing the root structure of host plants, and increasing heavy metal resistance (Solís-Domínguez et al., 2011; Hernández-Ortega et al., 2012). For instance, He et al. (2014) observed that inoculation with Glomeraceae had a significantly positive effect on plant growth, especially at high concentrations of heavy metals, compared to plants not inoculated with Glomeraceae. Furthermore, there are numerous reports on the effect of AMF on the uptake of Sb in plants. For example, under Sb exposure, AMF improved Sb absorption in carrots (Pierart et al., 2018) and Cynodon dactylon (Wei et al., 2016), whereas the opposite result was observed in maize (Shen et al., 2017). However, only a few studies have reported the effect of resistant bacteria on the uptake of Sb from soil–rice systems. For instance, Long et al. (2021) reported that an Sb-resistant bacterium can alter the iron plaque distribution of rice roots thus affect the uptake of Sb by rice, and Sun et al. (2019) found that when rice was exposed to antimony, different flooding conditions resulted in different microbial community structures. Therefore, based on above analysis, we speculated that AMF may be formed symbiotic relationship with rice, and, affect rice on Sb uptake and distribution.

To investigate the effect of AMF on the uptake of Sb in rice, we designed a comparative experiment of AMF inoculation with non-inoculated tests and measured chlorophyll, antioxidant enzymes, and Sb adsorption in different parts of rice plants using inductively coupled plasma mass spectrometry (ICP-MS, Agilent 7500, Agilent Technology, United States), the chlorophyll meter (SPAD-502 Plus, Tuo Pu, China), and ultraviolet and visible spectrophotometer technology (Agilent 8453, Agilent Technology, United States). The aim of this study was to: (1) measure biomass and chlorophyll to elucidate the effect of AMF on growth and physiology; (2) determine the effect of AMF on the chemical properties of rhizosphere soil by measuring pH and redox potential (Eh); (3) determine the effect of AMF on the uptake of Sb by measuring the Sb concentration of different plant parts and Sb speciation; and (4) further analyze the activities of several typical antioxidant enzymes to evaluate the effects of AMF on the accumulation of Sb in rice. These results will further reveal the distribution and morphology of Sb in rice under the presence of AMF, which will help us better understand the migration and transformation of Sb in soil-rice system after AMF inoculation and the related effects on food crops.



MATERIALS AND METHODS


Soil, Fungi, and Plants

Soil was collected from Hunan Agricultural University in Hunan Province, China (113°5′23″E, 28°11′24″N). It was air dried and passed through a 2-mm sieve. The soil was then sterilized by autoclave steam for 2 h at 121°C under 0.1 MPa pressure. Four soil Sb concentrations (0, 300, 600, and 1,200 mg Sb/kg) were prepared by adding an appropriate volume of potassium pyroantimonate [KSb(OH)6] stock solutions (0, 300, 600, and 1,200 mg Sb/kg as K2H2Sb2O7⋅4H2O in ultrapure water) to the soil and then adding ultrapure water (Millipore-Q water, 18 Ω⋅cm) to maintain field capacity. The soil was aged for 4 weeks before being used in the experiment.

AMF (Glomus mosseae, BGC NM01A) was obtained from the Beijing Academy of Agriculture and Forestry Sciences, which contained the spores and hyphae of AMF and the rhizosphere soil of cultivated AMF.

Rice seeds (Oryza sativa L., Xiangwanxian No. 12) were purchased from the Hunan Rice Research Institute. They were surface-sterilized by soaking in 10% H2O2 solution for 20 min and then rinsed with ultrapure water five times to clear the residual H2O2. The seeds were wrapped in aseptic wet gauze placed in the FPQ multi-stage artificial climate box for 3 days in the dark for germination. The wet gauze was changed every 6 h. The germinated seeds were transferred to a 5.4-L polyvinyl chloride plate with 32-orifices containing aseptic soil substrate in the FPQ multi-stage artificial climate box and were cultured for 3 weeks. For 1 week, 10 mL 0.5-strength Hoagland nutrient solution was added to the orifices at the three leaf stage; thereafter, full strength Hoagland nutrient solution was used (Ren et al., 2014). The ratio of the light-to-dark cycle was 14–10 h with 180–240 μmol/(m2⋅s) sodium light. The temperature of the light period and that of the dark period were kept at 27 ± 1 and 20 ± 1°C, respectively. The relative humidity was maintained at 65–70%.



Pot Experiment Design

In the pot cultural experiment, rice was selected as the host plant, and Glomus mosseae was used as the inoculum. Two series of soil, which had four Sb concentrations (0, 300, 600, and 1,200 mg/kg) in each series, were prepared and used for rice growth. For each Sb concentration, three parallel pots, with each pot containing 5 kg of soil, were employed. The first series was inoculated with inactive AMF (M−); the second series was inoculated with active AMF (M+). The AMF in the first series was inactivated by autoclaved steam for 2 h at 121°C under 0.1 MPa pressure and then put into each pot. The rice seedlings at the four-leaf stage of a similar size and shape from culturing were selected and planted in each pot. Three seedlings were planted in each experimental pot. The base fertilizer was composted of CO(NH2)2, Ca(H2PO4)2, and KCl, and the respective rates were 1, 1, and 1.5 g/kg soil (He and Yang, 1999). The experiments were conducted in the greenhouse of the Chinese Research Academy of Environmental Sciences in Beijing. After 120 days, the rice plants were harvested.



Infection of Rice by Arbuscular Mycorrhizal Fungi

AMF infection of rice root was determined after 30 days of transplanting. The method of infection was measured according to Vierheilig et al. (2005) with some modifications. The fresh roots were cleared with deionized water, and then cut into 2-cm root segments. Cleared roots were added into stationary liquid for 24 h which contained formaldehyde, acetic acid and 50% ethanol, and the volume of rates were 13, 5, and 200, respectively. After cleaned, the root segments were transferred to the 50-mL beaker which contained 10% KOH. Then the beaker was in water bath at 90°C for root segments transparent. 5% acetic acid were added to root segments for acidification. The root segments were stained with 5% ink-vinegar for 5 min and cleared with tap water which contained several drops acetic acid. The root segments were then transferred to glass slide and added 2 drops of lactic acetic acid. The root segments were observed under a microscope (LIOO JS-750T, Germany).



Biomass of Rice and Chlorophyll Content of Rice Leaves

After harvesting, rice plants were rinsed with deionized water five times. The plants were cut into roots, stems, leaves, and grain by ceramic scissors and then dried in an oven for 72 h at 65°C. All parts of the rice plant were weighed with an electronic balance. Each part was weighed three times, and the average was taken.

The middle of the sixth top leaf was used to measure the chlorophyll content with a chlorophyll meter. Each part was measured three times, and the average was taken.



Antimony Concentration in Rice and Antimony Speciation in Rice Plants

The roots, stems, leaves, and grain of rice were freeze dried with a FD5-series freeze dryer (SIM, United States), and 100 mg of each sample was transferred to a digestion vessel containing 2 mL HNO3. The digestion vessel was sealed and digested in a microwave instrument (CEM, United States) for 2 h according to the digestion procedure (Supplementary Table 1), after cooling to room temperature. The digestion tubes were opened and transferred to a water bath (90°C) until the digestion solution became clear. Then, it was cooled to an ambient temperature. The solution was diluted with 1% HNO3 to 50 mL and filtered through a 0.45-μm polyether sulfone membrane before being analyzed by ICP-MS. The certified reference material, tomato leaves (ESP-1, China National Environmental Monitoring Center reference material), was used for quality control.

The method for measuring Sb speciation in rice plants was done according to Okkenhaug et al. (2012) with some modifications. After being frozen and dried, the rice roots were cut into fragments with ceramic scissors. Plant samples (0.3000 g) were weighed into a 5-mL centrifuge tube containing 3 mL of 100 mM citric acid. The solutions were oscillated for 30 min at 50°C with a vortex centrifuge and centrifuged at 1,033 × g for 10 min. The supernatants were extracted once again with the above method. The extraction solutions of the two supernatants were filtered with a 0.45-μm polyether sulfone membrane and stabilized with 10 mL of citric acid. The solutions were measured by ICP-MS.



Soil pH and Redox Potential

The soil samples were air-dried, ground to a power with a quartz mortar, and filtered through a 2-mm sieve. The soil pH was determined based on a soil-to-deionized water ratio of 1:2.5. The soil–water mixture was stirred for 5 min and settled for 30 min. The supernatant was then measured with a calibrated pH meter (PHBJ-260, Lei Ci, China). The results were replicated three times.

The Eh value for rhizosphere soil was measured following the method previously described by Chen et al. (1997) with a platinum electrode. Briefly, the platinum electrode (0.5-mm diameter) was inserted to a depth of 5 cm within the rhizosphere soil to measure the Eh value at different positions in each pot. Each pot was measured three times, and the average was calculated.



Activity of Antioxidant Enzymes and Malondialdehyde Content

To prepare the enzyme solution, 3 g fresh rice leaves were added to a glass mortar containing 30 mL phosphate buffer (pH 7.8) at 4°C. The mixture was homogenized and transferred into a 50-mL centrifuge tube. This was followed by centrifuging for 15 min at 1,837 × g. The supernatant was collected and transferred to a 150-mL volumetric flask. The centrifugation process was then repeated once. Ultrapure water was used to obtain a solution volume of 150 mL in the volumetric flask. This solution was used to determine enzyme activities (superoxide dismutase, SOD; peroxidase, POD; catalase, CAT) and the content of malondialdehyde (MDA).



Superoxide Dismutase Assay

The SOD assay was performed according to Giannopolitis and Ries (1977). Briefly, 3 mL of SOD test solution were prepared by mixing 1.5 mL 0.05 mol/L phosphate buffer, 0.3 mL 130 mmol/L methionine (Met) solution, 0.3 mL 0.75 mmol/L nitroblue tetrazolium (NBT) solution, 0.3 mL 0.1 mmol/L disodium edetate dihydrate (EDTA-Na2) solution, 0.3 mL 0.02 mmol/L riboflavin, 0.05 mL enzyme solution, and 0.25 mL of deionized water. Phosphate buffer was used instead of enzyme solution for the control group. The solutions were kept in the dark and irradiated under 4,000 xl fluorescent lamps for 20 min. The absorbance was determined at 560 nm with an ultraviolet and visible spectrophotometer.



Catalase Assay

The CAT assay was performed using the method of Knörzer et al. (1996). In brief, 2.5 mL enzyme solution and 2.5 mL 0.1 mol/L H2O2 were mixed in 50-mL triangular flasks. The solution was then heated in a water bath for 10 min at 30°C. After heating, 2.5 mL 10% H2SO4 was immediately added to the triangular flask. KMnO4 (0.1 mol/L) was used to titrate the solution in the triangular flask after the solution became colorless, and the number of burettes was recorded. The enzyme solution of the control group was inactivated. CAT was measured at a wavelength of 240 nm by an ultraviolet and visible spectrophotometer.



Peroxidase Assay

To measure the activity of POD, 2.9 mL 0.05 mol/L phosphate buffer, 1.0 mL 2% H2O2, 1.0 mL 0.05 mol/L guaiacol, and 0.1 mL enzyme solution were added to a 10-mL test tube and immediately heated in a water bath for 15 min at 37°C. Then the test tube was immediately transferred to an ice bath, and 2.0 mL of 20% trichloroacetic acid (TCA) was added to terminate the reaction. This was followed by centrifuging at 2,871 × g for 10 min. The supernatant was collected and diluted with phosphate buffer to 20 mL. The activity of POD was measured at an absorbance of 470 nm by an ultraviolet and visible spectrophotometer. A control group was also prepared in the same procedure, except the enzyme solution was inactivated.



Malondialdehyde Content

The MDA content was assayed using Chakraborty et al. (2013). Enzyme solution (0.5 mL) was added to the centrifuge tube containing 1 mL 20% trichloroacetic acid (TCA) and 0.5% thiobarbituric acid (TBA). The mixture was incubated for 30 min at 95°C and then stopped by placing the tubes in an ice bath. The mixture was centrifuged for 10 min at 11,487 × g (GTR21-1, China). The absorbance of the supernatant, measured by an ultraviolet and visible spectrophotometer at 600 nm, was subtracted from the absorbance at 532 nm.



Statistical Analyses

The biomass, chlorophyll content, MDA content, Sb concentration in different parts, antioxidant enzymes, pH, and Eh data in rhizosphere soil were shown as the mean ± standard deviations (n = 3), except for the speciation of Sb in rice roots. All data were examined with one-way analysis of variance (ANOVA) combined with Student’s t-test (P < 0.05). The experimental data were analyzed with SPSS® 21.0 (SPSS, United States) software. The graphs were plotted with Origin 9.1 (OriginLab, United States).




RESULTS AND DISCUSSION


Effects of Arbuscular Mycorrhizal Fungi Inoculation on Biomass and Chlorophyll Content of Rice

In the same concentration of Sb polluted environment, the reduction of aboveground and underground biomass of rice in the AMF inoculated group was significantly enhanced compared with that in the AMF non-inoculated group (Figures 1A,B and Supplementary Table 2). As shown in Figure 1, AMF had little effect on both aboveground rice biomass and underground rice biomass without Sb contamination (concentration of Sb was 0 mg/kg). With the increase in Sb concentration, the negative effect of AMF on rice biomass gradually appeared and became more and more obvious, the same phenomenon can also be seen intuitively in Supplementary Figure 1. The degree of biomass reduction resulting from AMF inoculation was similar in both the aboveground and underground parts of rice. For example, AMF inoculated rice treated with a series dose (300, 600, and 1,200 mg/kg) of Sb resulted in a 5.63–22.78% reduction in aboveground biomass relative to that inoculated with inactive AMF, while the M+ group treated with Sb at the same concentration resulted in a 6.14–22.56% reduction in underground biomass relative to the M− group. In addition, significant linear correlations were observed between the concentration of Sb and biomass values of the M+ and M− groups (Figures 1C,D). The linear slope showed that, for both aboveground and underground biomass, the slope of the M+ group was significantly greater than that of the M− group. These results indicated that the heavy metal exposure levels in rice was the direct influencing factor leading to biomass reduction, and the addition of AMF could significantly aggravate this phenomenon. This is likely because AMF inoculation could make more Sb transfer from soil to the root of rice through mycelia, thus inhibiting the biomass of rice (Guo et al., 1996; Chen et al., 2003). This was observed in the microstructures of AMF infection on rice roots through the ink–vinegar staining method (Figure 2). In addition, our results found that inoculation with AMF inhibited plant growth in comparison with non-inoculated groups, the another possible reason may be that the cost of organic carbon obtained by AMF from plants was greater than that of other nutrients provided by AMF (Johnson et al., 1997; Liao et al., 2003; Citterio et al., 2005).
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FIGURE 1. Effects of AMF on rice biomass of aboveground and underground. (A) Biomass of aboveground, (B) biomass of underground, (C) the liner relationship between biomass of aboveground and concentrations of Sb, (D) the liner relationship between biomass of underground and concentrations of Sb. DW represents dry weight. Error bar was calculated from three parallel samples. Error bars sharing no common letter indicate that biomass are significantly different at P < 0.05 level for treatments. The data are means ± standard deviations (SDs) (n = 3).
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FIGURE 2. Microstructure of arbuscular mycorrhizal fungi infect the root of rice. (A,B) Vesicle in roots of arbuscular mycorrhizal fungi, (C,D) hypha of arbuscular mycorrhizal fungi in roots. ve represents vesicle, hy represents hypha.


AMF inoculation of rice significantly reduced chlorophyll content, and the chlorophyll content decreased with increasing concentrations of Sb (Figure 3 and Supplementary Table 3). Figure 3A showed that the chlorophyll content of the M+ groups was significantly lower than that of the M− groups at the same Sb concentration. Without heavy metal pollution, the chlorophyll content of the inoculated group was reduced by 1.17% compared with that of the non-inoculated group. When treated with a series dose (300, 600, and 1,200 mg/kg) of Sb, chlorophyll content was reduced 2.68–9.01% relative to those inoculated with inactive AMF rice (M− group). Chlorophyll is an important factor in plant photosynthesis, and its content directly affects the plant biomass (Felip and Catalan, 2000). Therefore, the effect of AMF inoculation on chlorophyll content in rice was consistent with that on biomass (Figure 1). This indicated that the growth of rice plants treated with Sb was further inhibited by AMF inoculation according to the decrease in chlorophyll content.


[image: image]

FIGURE 3. Effects of AMF on chlorophyll contents and MDA contents of rice leaf. (A) Chlorophyll content in the leaves, (B) MDA content in the leaves. FW represents fresh weight. Error bar was calculated from three parallel samples. Error bars sharing no common letter indicate that chlorophyll content and MDA content are significantly different at P < 0.05 level for treatments. The data are means ± SDs (n = 3).


We further measured membrane lipid peroxidation (MDA), and the results were shown in Figure 3B and Supplementary Table 3. The MDA content in the M+ groups was higher than that in the M− groups (Figure 3B), which demonstrated that the inoculation of AMF accelerated the degree of membrane lipid peroxidation and increased chloroplast membrane breakage, resulting in chloroplast leakage. MDA is one of the final products of membrane lipid peroxidation caused by membrane structure breakage, which increases the content and further reflects the degree of membrane structure breakage, such as in the cell and chloroplast membranes (Sun et al., 2013; Wu et al., 2019).



Effects of Arbuscular Mycorrhizal Fungi Inoculation on the Accumulation of Antimony in Rice

The decrease of biomass and chlorophyll content of rice after AMF inoculation were mainly related to the change of Sb content and its existing form in rice after AMF inoculation. To verify the above hypothesis, we further studied the distribution and morphology of Sb in rice with or without AMF inoculation. The study found that Sb concentration of different tissues of rice increased with increasing Sb content, while inoculation with AMF accelerated the Sb absorption of rice at the same concentrations (Figure 4 and Supplementary Table 4). As shown in Figure 4, AMF had an insignificant effect on Sb absorption in rice at lower Sb concentrations (0 and 300 mg/kg). However, with the increase in Sb content, the concentrations of Sb in the AMF inoculated group was significantly higher than that in the non-inoculated group. When the concentration of Sb reached 600 mg/kg, the accumulation capacity of Sb in the roots, stems, and leaves of the M+ group was, respectively, 1.18, 1.21, and 1.13 times that of the M− group (Figures 4A–C). When the concentration of Sb increased to 1,200 mg/kg, the ability of AMF to enhance the metal accumulation for each rice part was further enhanced. The accumulation of Sb in the roots, stems, and leaves of the M+ group was, respectively, 1.20, 1.21, and 1.20 times higher than that of the M− group. Notably, the absorption ability of Sb for grain after inoculation with AMF was not obviously enhanced statistically (Figure 4D). This may be because Sb in the soil enters rice through the roots and migrates to different parts of the rice plant. The rice grains were the most link of the Sb migration and transfer pathway. Therefore, both the accumulation of Sb and the effect of AMF inoculation on the concentrations of Sb in grain were insignificant compared to those in other rice parts. Although AMF inoculation had no significant effect on the accumulation of Sb in grain, this negative effect still resulted in a significant decrease in the biomass of the grain and reduced the bioavailability of rice at high Sb concentrations (Supplementary Figure 2).
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FIGURE 4. Effects of AMF on Sb concentrations of rice. (A) Roots Sb concentration, (B) stems Sb concentration, (C) leaves Sb concentration, (D) grain Sb concentration. Error bar was calculated from three parallel samples. Error bars sharing no common letter indicate that Sb concentration are significantly different at P < 0.05 level for treatments. The data are means ± SDs (n = 3).


Symbiotic nets can be formed between rice roots and extraradical mycelium of AMF, and the symbiotic net can extend the contact area of plants with Sb in the soil, making Sb available for uptake by rice roots (Cejpková et al., 2016). This phenomenon was also confirmed in our microscope experiment (Figure 2 and Supplementary Figure 3), which caused further metal entering the rice and accumulating in various plant parts under conditions of AMF inoculation. In addition, the change of physical and chemical properties of rhizosphere soil was another reason for accelerating Sb accumulation by AMF inoculation. First, the addition of AMF significantly increased the acidity of the soil (Figure 5A and Supplementary Table 5), which was due to the fact that AMF exude amino acids, acetic acid, and citric acid and activate the acid phosphatase of plants (Willamson and Alexander, 1975; Wei et al., 2016). The increase in soil acidity will promote the transformation of Sb from carbonate mineral to a soluble state, making it easier for Sb to enter various rice parts from the roots (He, 2007; Ning et al., 2015). Second, at the same time, inoculation with AMF can also significantly increase the electronegativity of the soil (Figure 5B), which directly affects the speciation state of the metalloid Sb in soil, in particular the conversion between Sb(V) and Sb(III), while the toxicity of Sb(III) was approximately 10-fold higher than the toxicity of Sb(V) (Chai et al., 2016). To further verify this phenomenon, we measured the content of different speciation of Sb in rhizosphere soil. As shown in Figure 6, when the amount of Sb added to the soil was 300, 600, and 1,200 mg/kg, the ratio of Sb(III) in the M+ group was 52.81, 54.54, and 59.52%, respectively. Compared with this, the ratio of Sb(III) in the M− group was 48.76, 51.28, and 52.12%, respectively, and lower than that in the M+ group. More Sb(III) was absorbed by rice than Sb(V) due to molecule configuration. Additionally, Sb(III) was in the form of neutral Sb(OH)3 in the soil, whereas Sb(V) was in the form of Sb(OH)6– (Nakamaru and Altansuvd, 2014). Sb(OH)3 can enter the roots through aquaporins, which does not consume ATP (Feng et al., 2013). In contrast, plants might uptake Sb(OH)6– through low selectively anion transporters, such as Cl– and NO3– transporters, which requires ATP (Tschan et al., 2009). Furthermore, the negatively charged cell wall would hinder the transportation of similarly charged Sb(OH)6– to plants (Ren et al., 2014; Zhu et al., 2020). The combination of these factors made it easier for Sb(III) to enter rice than Sb(V). In conclusion, after inoculation with AMF, the contact area of rice root increased to absorb heavy metal, and soil properties changed. This influenced the presence of Sb, making it easier and more toxic to enter rice. These phenomena will lead to further enhancement of the metal poisoning in rice and cause a decrease in biomass, as shown in section of effects of AMF inoculation on biomass and chlorophyll content of rice.
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FIGURE 5. Effects of AMF on pH and Eh in rhizosphere soil. (A) pH, (B) Eh. Error bar was calculated from three parallel samples. Error bars sharing no common letter indicate that pH and Eh are significantly different at P < 0.05 level for treatments. The data are means ± SDs (n = 3).
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FIGURE 6. Effects of AMF on the proportion of Sb speciation in roots of rice.




Effect of Arbuscular Mycorrhizal Fungi on Oxidative Stress Reactions in Rice

In order to further verify that AMF inoculation was mainly due to increasing the content of Sb in rice, thus increasing the stress effect of heavy metals on rice, we further examined the antioxidant enzyme activity of the M+ and M− groups. Further analysis of the antioxidant enzymes revealed that AMF inoculation increased the degree of heavy metal contamination in rice and led to weak growth (Figure 7). When the plant is in a stable state, the antioxidant enzymes in its body are in a dynamic balance. When the plant is attacked by harmful factors such as heavy metals, the antioxidant enzyme activity will increase to alleviate abiotic stress, so antioxidant enzyme activity is an important factor in assessing the response to heavy metal stress (Meghnous et al., 2019; Rajabpoor et al., 2019).
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FIGURE 7. Effects of AMF on antioxidant enzymes of rice. (A) SOD, (B) POD, (C) CAT. Error bar was calculated from three parallel samples. Error bars sharing no common letter indicate that SOD, CAT, and POD activity are significantly different at P < 0.05 level for treatments. The data are means ± SDs (n = 3).


In the present study, we measured the changes of three typical antioxidant enzymes, including SOD, CAT, and POD, in rice with and without AMF inoculation. As shown in Figure 7 and Supplementary Table 3, with the increased concentration of Sb, the response activities of the three antioxidant enzymes increased to different degrees, while inoculation with AMF decreased the corresponding values of the activities of the three antioxidant enzymes compared to non-inoculation AMF group. This phenomenon indicated that inoculation with AMF inhibited rice from activating the antioxidant enzymes to respond to heavy metal stress. In addition, the response of different antioxidant enzymes was different. For SOD (Figure 7A), the enzyme activity increased linearly with the increase in Sb concentration, because SOD was the first enzyme to defend against reactive oxygen species (ROS), and it could reduce the conversion of superoxide radicals ([image: image]) to hydrogen peroxide (H2O2) (Meier et al., 2011). When the concentration of Sb increased to 1,200 mg/kg, the enzyme activity of SOD was 3.40 times that of those without heavy metal addition, while the same enzyme activity of SOD was 3.11 times that without Sb addition after AMF inoculation. For POD (Figure 7B), the enzyme activity also increased linearly with the increase in Sb concentration; however, the increase in POD activity did not appear until the Sb concentration increased to 600 mg/kg, which may be because lower Sb concentrations could not activate the function of POD, which was to relieve the H2O2 produced by SOD (Bowler et al., 1992; Chai et al., 2016), so their activity response with the increase in metal concentration was behind that of SOD. Notably, the activity of POD for both the M+ and M− groups rapidly declined when the concentration of Sb was 1,200 mg/kg, because the tolerance of POD to Sb reached its limit, thus resulting in a significant decrease in enzyme activity (Hou et al., 2007; Chai et al., 2016). Interestingly, as shown in Figure 7C, when the concentration of Sb was below 1,200 mg/kg, the enzyme activity of CAT was not significantly changed, but when the concentration of Sb increased to 1,200 mg/kg, the enzyme activity of CAT increased rapidly. This may have occurred because the function of CAT and POD are to degrade hydrogen peroxide produced by SOD, and the response sensitivity of CAT may be poorer than that of POD (Kassa-Laouar et al., 2019). Therefore, when POD reached the upper limit of Sb tolerance, the stress response function of CAT was more activated. In addition, inoculation with AMF simultaneously reduced SOD, CAT, and POD activity in comparison to non-inoculated groups at the same Sb concentration, indicating that inoculation with AMF decreased antioxidant enzyme activity, resulting in more residual ROS in the leaves of rice, accelerating ROS damage to rice cells, and inhibiting rice growth.




CONCLUSION

This research elucidated that AMF plays a negative role in Sb transport in soil–rice systems. The presence of AMF increased the uptake of Sb in rice, thus aggravating the invasion of heavy metals. As a result, the chloroplast membrane of plants rupture, resulting in reducing photosynthesis and eventually leading to a significant reduction in the biomass of all parts of the plant, aboveground and underground. This was further corroborated by the decreased activity of various antioxidant enzymes caused by the enhanced stress response. Consequently, the presence of AMF would accelerate the invasion of Sb in rice. These phenomena will help us better understand the migration and transformation of Sb in soil-rice system in real natural environment. Such altered contaminant-accumulating capacities may significantly affect the availability and food safety of rice. Our research will further focus on screening the related proteins of Sb transport and regulatory network of Sb membrane protein to elucidate the molecular mechanism of AMF affecting Sb uptake and transport in rice roots. This aspect should be given consideration in the assessment of the effect of AMF on rice uptake of Sb, avoiding the health risks of rice consumption.
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Constructed wetlands (CWs) have been proven as a reliable alternative to traditional wastewater treatment technologies. Microorganisms in CWs, as an important component, play a key role in processes such as pollutant degradation and nutrient transformation. Therefore, an in-depth analysis of the community structure and diversity of microorganisms, especially for functional microorganisms, in CWs is important to understand its performance patterns and explore optimized strategies. With advances in molecular biotechnology, it is now possible to analyze and study microbial communities and species composition in complex environments. This review performed bibliometric analysis of microbial studies in CWs to evaluate research trends and identify the most studied pollutants. On this basis, the main functional microorganisms of CWs involved in the removal of these pollutants are summarized, and the effects of these pollutants on microbial diversity are investigated. The result showed that the main phylum involved in functional microorganisms in CWs include Proteobacteria, Bacteroidetes, Actinobacteria and Firmicutes. These functional microorganisms can remove pollutants from CWs by catalyzing chemical reactions, biodegradation, biosorption, and supporting plant growth, etc. Regarding microbial alpha diversity, heavy metals and high concentrations of nitrogen and phosphorus significantly reduce microbial richness and diversity, whereas antibiotics can cause large fluctuations in alpha diversity. Overall, this review can provide new ideas and directions for the research of microorganisms in CWs.
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INTRODUCTION

Constructed wetlands (CWs) are passive biological engineering systems that use natural processes for wastewater treatment (Chen et al., 2021b; Zheng et al., 2021a). They have been widely used since the 1960s because of their simple operation, ease of maintenance, low cost, and environmental friendliness, providing a viable alternative to traditional wastewater treatment technologies (Zhao et al., 2016; Zheng et al., 2021a,b). They are mainly composed of substrate, plants, and microorganisms that purifying wastewater through the interaction of physical, chemical, and biological processes (Zhao et al., 2020c). Previous studies have shown that CWs can remove most environmental pollutants, including COD, N, P (Lin et al., 2002; Li et al., 2013; Zhao et al., 2019), heavy metals (Zhang et al., 2021e), and antibiotics (Liu et al., 2019), as well as some increasingly emerging pollutants (e.g., pesticides, flame retardants and persistent organic pollutants; Rajan et al., 2019; Long et al., 2021; Vymazal et al., 2021). Consequently, CWs are widely used in the treatment of domestic sewage, industrial wastewater, mine drainage, land leachate, polluted lake water, effluent from the livestock industry and other wastewater (Lin et al., 2002; Zhao et al., 2020c).

In CWs, microorganisms play a key role in pollutants removal, such as the degradation of organic pollutants and the conversion of various nutrients (Wang et al., 2020d). They can even use antibiotics as their sole carbon source (Ricken et al., 2013; Bessa et al., 2017). Regarding heavy metal compounds, which are generally difficult to biodegrade, microorganisms can also remove them from wastewater through biosorption, bioaccumulation and speciation transformation (Si et al., 2019). In addition, microorganisms can improve the tolerance and removal efficiency of CWs to pollutants by enhancing phytoremediation (Syranidou et al., 2018; Vassallo et al., 2020). In this context, in order to further optimize CWs, it is necessary to investigate the functional microorganisms associated with pollutant removal.

In recent years, advances in molecular biotechnology have largely facilitated intensive studies of microbial community structure and diversity (Arroyo et al., 2013). The advent of methods such as 16S sequencing, metagenomics sequencing, and high-throughput sequencing technologies has not only allowed a more accurate assessment of microbial diversity but only the analysis of the relative abundances of different microbial species and of the overall community structure (Zhao et al., 2016; Sanchez, 2017). In CWs, the diversity of microbial communities and the richness of certain species are key factors for efficient wastewater treatment (Zhao et al., 2020c). Therefore, in addition to the need for a summary of functional microorganisms, there is also a great need to study and analyze the effects of different pollutants on microbial diversity.

In recent year, various types of bibliometric analysis have been applied in different fields (Zhao et al., 2020b; Chen et al., 2021a; Kilicaslan et al., 2021). As a quantitative analysis technique, bibliometrics can reveal the current status and trends of a given research field by studying the distribution, quantitative relationships, and changing relationships of literature and information (Mao et al., 2015, 2018b; Liang and Gong, 2017). Overall, bibliometrics is a highly effective method of summarization and analysis and has become a useful tool when dealing with large amounts of scientific data (Mao et al., 2018a). This can help us to study the current state of research and trends in the field of microorganisms in CWs.

In this context, the purpose of this review is to first analyze, via bibliometrics, microbial-related articles in the field of CWs and several typical pollutants that are closely associated with microorganisms. Subsequently, the main functional microorganisms associated with the removal of targeted pollutants in CWs are systematically summarized and the effects of these pollutants on the diversity of microbial communities in CWs are discussed. This review will help us to further understand and explore the mechanisms of pollutant removal by microorganisms in CWs and the effects of pollutants in wastewater on microorganisms.



BIBLIOMETRICS

Here, the bibliometrics approach is divided into two main parts: plotting of the publication trends of articles related to CWs and microorganisms using the Origin 2021 software and analyzing the keywords found in the publications in terms of microorganisms using the VOSviewer software.



DATA COLLECTION

Respective data were obtained from the Web of Science (WOS) Core Collection database. And this review only considered the Science Citation Index Expanded (SCI-Expanded). To fully study the changes in the number of publications over the years, only publications from 1900 (the earliest time point that that can be set in the online SCI-Expanded database) to December 2020 were considered.

A search for CWs with the keywords “constructed wetland*” or “artificial wetland*” or “man-made wetland*” or “treatment wetland*” or “engineered wetland*” or “reed bed*” yielded 9,628 documents (the starting year is 1991, as the earliest record of microbial publications is from this year). The keywords “bacteri* OR microb* OR microorganism*” were searched for microbial, yielding a total of 2,764 documents. The year of publication and the bibliographic information of these publications (including authors, titles, source publications, abstracts, and references cited) were exported for subsequent analysis.



BIBLIOMETRIC ANALYSIS

The first aspect is the investigation of the general trend of microbial research by determining the change of articles involving microorganisms in CWs over time. For this, the yearly number of publications was counted and the articles about CWs and microorganisms were indicated separately by different colors to obtain the percentage of articles about microorganisms in the field of CWs (Figure 1). As can be seen in Figure 1, there is an overall upward trend in the number of yearly publications on CWs and microorganisms. Furthermore, an increasing number of publications involving CWs are related to microorganisms. These results reflect the wide use and study of CWs in an increasing number of countries as well as reflecting the increasing importance of microorganisms. Particularly in recent years with the advances in the molecular characterization of microbial communities, such as denaturing gradient gel electrophoresis or terminal fragment length polymorphism of PCR-amplified 16S ribosomal RNA gene fragments, as well as metagenomics, have greatly contributed to the development of microbial ecology research (Zhao et al., 2016; Sanchez, 2017; Rajan et al., 2019). This can be corroborated with the increasing trend of cumulative publication volume of microbial articles in Figure 1. We fit the cumulative publication volume of microbial articles and found that it in line with the exponential function, with an R2 value of 0.9987, indicating an exponentially increasing publication trend.
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FIGURE 1. Yearly publications about CWs and microorganisms (cumulative publications curve about microorganisms).


The second aspect is the analysis of keyword co-occurrence by the VOSviewer software, with the aim to understand the connection among author keywords. After exporting the publications related to microbial from the WOS platform in plain text form, they were analyzed using the keyword co-occurrence function of the VOSviewer software and subsequently merged through the thesaurus file. The final results are shown in Figure 2. This figure shows the top 50 keywords in terms of the number of occurrences number; the high numbers indicate that there are more studies related to them, facilitating the subsequent analysis and summary. Different circles in the figure represent different keywords, and the circle size indicates the number of times the keywords appear, the larger the circle, the more times it appears. The line between the circles indicates that two keywords have appeared together in an article, and the more times they appear together, the thicker the line is. By selecting the keyword “microorganisms,” we could observe the connection between this one and other keywords. Among these keywords, we intercepted the top 10 keywords in terms of number; of these 5 were related to the type of contaminants, namely nitrogen, phosphorus, heavy metals, antibiotics, and nutrients. However, among them, nutrients mainly contain nitrogen and phosphorus (Li et al., 2013), and therefore, this review finally identified nitrogen, phosphorus, heavy metals, and antibiotics as four typical contaminants for a functional microbial summary and diversity analysis.

[image: Figure 2]

FIGURE 2. Keyword co-occurrence network visualization map for publications involving microorganisms in CWs.




FUNCTIONAL MICROORGANISMS

As mentioned above, four pollutants typical for CWs, namely nitrogen, phosphorus, heavy metals, and antibiotics, were identified. Many functional microorganisms play an important role in the treatment of these polluted water. This review provides a summary and functional analysis of these microorganisms. Because the microbial species present in CWs are highly diverse, only the more abundant functional species reported were considered. In addition, only the phylum and genus are summarized and analyzed in this review, as most studies have analyzed microbial species at these two levels.



FUNCTIONAL MICROORGANISMS IN NITROGEN REMOVAL

Excess nitrogen discharge into water bodies tends to cause eutrophication and black-odorous, which deteriorates water quality and in turn poses a serious threat to humans and aquatic organisms (Wang et al., 2020d; Zhang et al., 2021c). Biological processes are the key processes in the nitrogen removal mechanisms of CWs, with Tan et al. (2021a) reporting that microorganisms can remove almost 90% of the nitrogen. The main pathways of nitrogen removal by microorganisms in CWs are shown in Figure 3.
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FIGURE 3. Main processes of nitrogen removal by microorganisms in CWs.


Current research generally agrees that nitrogen removal by microorganisms in CWs is mainly accomplished through ammonification, nitrification and denitrification (Hu et al., 2016; Xie et al., 2016; Zhao et al., 2018). Ammonification is the process of converting organic nitrogen (Org-N) in wastewater into NH4+, which is then removed in other processes (e.g., nitrification, volatilization, and plant uptake; Lee et al., 2014; Xie et al., 2016). As shown in Table 1, the popular genera of ammonifying bacteria include Chitinophaga, Isoptericola, Bacillus, and Sinorhizobium. Regarding nitrification and denitrification, the microorganisms use NH4+ as electron donor during nitrification and oxidize it to NO2− and further to NO3−, which is then used as electron acceptor during denitrification and reduced to N2O or N2 (Tan et al., 2021b; Zhang et al., 2021c). The microorganisms involved in nitrification can be divided into two categories, ammonia-oxidizing bacteria (AOB) and archaea (AOA) which convert ammonium to nitrite, and nitrite-oxidizing bacteria (NOB) which convert nitrite to nitrate (Zhang et al., 2021b,c). In particular, AOA has a higher adaptability to low ammonia and high salt environments compared to AOB (Wang et al., 2019b; Zhao et al., 2021). This can help the AOA to become the predominant group more quickly and speed up the process of nitrification, as ammonia oxidation is the first and rate-limiting step in nitrification (Wang et al., 2019b). The popular phyla involved in nitrification include Proteobacteria, Nitrospirae, Nitrospinae, and Thaumarchaeota. Of these, the Thaumarchaeota phylum contains all the currently known AOA (Wang et al., 2019b). Regarding denitrification, Proteobacteria, Bacteroidetes, Firmicutes, and Actinobacteria are popular denitrifying bacteria in CWs.



TABLE 1. Functional microorganisms in CWs for nitrogen removal.
[image: Table1]

However, nitrifying bacteria in CWs microbial communities usually face problems of low abundance and weak competitiveness (Tan et al., 2021a). This will result in a longer start-up period required for stable NH4+ oxidation, making nitrification a limiting step for nitrogen removal (Tan et al., 2021a). In this context, recent studies have highlighted the importance of heterotrophic nitrification and aerobic denitrification (HN-AD) bacteria (Liu et al., 2020b; Tan et al., 2021a; Wang et al., 2022). These bacteria can be responsible for NH4+ and NO3− transformation in the start-up phase of CWs, converting the nitrogen in the aqueous solution to nitrogen gas for complete denitrification (Tan et al., 2021a). Moreover, they grow more rapidly and can dominate quickly (Tan et al., 2021a). The discovery of HN-AD bacteria has changed the traditional theory that nitrification can only be carried out by autotrophic bacteria and denitrification can only take place under anaerobic conditions, which makes it more advantageous in nitrogen removal and organic matter removal (Wang et al., 2022). The HN-AD bacteria reported in the studies mainly included the genera Dechloromonas, Ferribacterium, Hydrogenophaga, Zoogloea, and Aeromonas. Regarding the denitrification process, new nitrogen removal pathways have also been detected, such as sulfur autotrophic denitrification (SAD) and denitrifying anaerobic methane oxidation (DAMO; Huang et al., 2020b; Wang et al., 2020a). During SAD, sulfur-oxidizing bacteria (SOB) reduce NO3− to N2, using elemental S, S2−, and S2O32− as electron donors and NO3− as electron acceptors under anaerobic or anoxic conditions (Li et al., 2020a; Wang et al., 2020a). Hence, this pathway may dominate in removing nitrogen of low C/N ratio water due to available electron donors from sulfur and its compounds (Wang et al., 2020a). Most sulfur autotrophic denitrifying bacteria belong to the phylum Proteobacteria, with the popular genera being Thiobacillus and Sulfurimonas. Regarding DAMO, which can reduce NO2− to N2 under anaerobic conditions using methane (CH4) as the electron donor and sole source of carbon (Huang et al., 2020b; Zhang et al., 2020). DAMO can alleviate the greenhouse effect and contribute to reduce the unnecessary byproduct N2O in the nitrogen removal process, thus allowing for more environmental benefits (Huang et al., 2020b; Zhang et al., 2020).

In addition to the traditional nitrification–denitrification process of nitrogen removal, there exists a novel pathway—anaerobic ammonia oxidation (anammox; Hu et al., 2016; Kraiema et al., 2019). In this pathway, nitrite is used as an electron acceptor under anaerobic conditions to convert ammonia directly to N2 (Zhao et al., 2018; Kraiema et al., 2019). This makes it an alternative denitrification pathway at low oxygen levels and low C/N ratios (Hu et al., 2016). At present, almost all reported anammox bacteria belong to the phylum Planctomycetes (Jia et al., 2021; Zhang et al., 2021c). Regarding nitrate, among the different nitrogenous pollutants, nitrate nitrogen is more likely to leach and eventually deteriorate water quality (Li et al., 2021b). Therefore, nitrate removal is important to protect freshwater systems and underground water quality (Li et al., 2021b). In addition to denitrification, there is an alternative pathway for the reduction of nitrate, namely the dissimilatory nitrate reduction to ammonium (DNRA; Rahman et al., 2019). DNRA reduces NO3− to available NH4+ for use by other microorganisms, such as AOB and AOA (Zhang et al., 2021b,c). It has been reported to be more favorable than denitrification under high salinity conditions in sulfide-rich marine and coastal ecosystems (Zhang et al., 2021c). Many studies have found that some denitrifying genera able to execute the DNRA process, such as Vibrio, Clostridium, and Desulfovibrio (Zhang et al., 2021a,c). However, it is still difficult to distinguish denitrifying bacteria from DNRA bacteria, which requires further development of molecular biotechnology. However, currently, denitrifying bacteria and DNRA bacteria are not well distinguished, which requires further development of molecular biotechnology.

Based on the summary in Table 1, the phylum Proteobacteria contains a large number of species involved in nitrogen transformation. This phylum is widely distributed in CWs and is the most dominant phylum in most systems, playing an important role in nitrogen removal from different wastewaters (Gao et al., 2017; Si et al., 2018; Zhao et al., 2018). The genera Nitrosomonas, Nitrobacter, and Nitrosospira are associated with nitrification. The genera Tauera, Thiobacillus, Thermomonas, and Arenimonass are frequently detected among denitrifying bacteria. The class Alphaproteobacteria, Betaproteobacteria, and Gammaproteobacteria are the dominant class related to nitrogen removal in CWs. They contain large numbers of nitrifying bacteria, AOB, and NOB, which play important ecological functions in CWs and are largely involved in the nitrogen removal (Aguilar et al., 2019; Ajibade et al., 2021).

In addition, there is now a growing number of studies linking functional genes to the functional and quantitative analysis of nitrogen removal microorganisms (Zhao et al., 2020d; Tan et al., 2021b; Zhang et al., 2021b). For example, the abundance of nrfA- and nirK-carrying microorganisms influenced the denitrification performance of CWs (Zhao et al., 2020d); the abundance of the nitrification functional genes amoA-AOA, amoA-AOB, and nxrA represented the growth status of nitrifying bacteria (Zhao et al., 2021). Currently, the functional gene pools associated with the various processes of nitrogen removal (e.g., nitrification, denitrification, anammox, and DNRA) have been summarized (Tan et al., 2021a,b; Zhang et al., 2021b). Functional genes can essentially analyze the function of microorganisms and provide a feasible approach for us to further study functional microorganisms in CWs.



FUNCTIONAL MICROORGANISMS IN PHOSPHORUS REMOVAL

Phosphorus is one of the main elements causing eutrophication in water bodies (Du et al., 2017; Wang et al., 2021b). Excess phosphorus discharged into the aquatic environment from domestic, agricultural, and industrial sources can also harm aquatic life by altering the pH, lowering oxygen levels, and promoting algal growth (Du et al., 2017; Wang et al., 2021b). Microorganisms play an important role in the removal of phosphorus from CWs and can influence the form of the phosphorus (Wang et al., 2021b). The main microorganisms associated with phosphorus removal in CWs are shown in Table 2.



TABLE 2. Functional microorganisms in CWs for phosphorus removal.
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Biological phosphorus removal in CWs is mainly achieved by phosphorus-accumulating organisms (PAOs), which can absorb phosphate from wastewater and store it in cells under alternating aerobic and anaerobic conditions (Du et al., 2017; Shi et al., 2017; Tian et al., 2017). Under anaerobic conditions, PAOs break down intracellular polyphosphate and take up volatile fatty acids from the environment, which is then stored in the form of polyhydroxyalkanoates (Lv et al., 2021). Under aerobic conditions, PAOs rely on polyhydroxyalkanoates for energy provision and absorb phosphate to form polyphosphate storage (Tian et al., 2017). In general, the amount of phosphorus uptake by PAOs will be greater than the amount of phosphorus released, thus realizing the phosphorus removal process of microorganisms in CWs (Du et al., 2017; Shi et al., 2017; Tian et al., 2017). The main phylum is Proteobacteria, which are largely involved in phosphorus removal (Si et al., 2018, 2019; Huang et al., 2020a). Of these, Alphaproteobacteria, Betaproteobacteria, and Gammaproteobacteria contain most of the microbial species associated with biological phosphorus removal (Shi et al., 2017; Huang et al., 2020a; Wei et al., 2020; Lv et al., 2021). The families Rhodobacteraceae and Rhizobiaceae of the class Alphaproteobacteria can absorb volatile fatty acids under aerobic conditions and convert them into poly-β-hydroxyalkanoates, facilitating total phosphorus removal in CWs (Lv et al., 2021). The class Betaproteobacteria mainly contains the genera Candidatus Accumulibacter, Dechloromonas, and Rhodocyclus. Of these, the genus Candidatus Accumulibacter is considered a typical PAOs and the dominant PAOs in full-scale wastewater treatment plants and laboratory-scale reactors (Huang et al., 2019a). The genus Dechloromonas can reduce perchlorate, accumulate polyphosphate, and absorb carbon under anaerobic conditions (Huang et al., 2020a). Rhodocyclus have also been shown to have a significant contribution to phosphorus removal (Li et al., 2017). Regarding Gammaproteobacteria, three genera, namely Klebsiella, Pseudomonas, and Acinetobacter have been identified in relevant studies (Tian et al., 2017). Of these, Pseudomonas has a strong ability to absorb phosphorus from wastewater and store it in its cells as polyphosphate, making it an effective phosphorus-removal microorganism (Huang et al., 2020a). Tian et al. (2017) report that it can remove up to 80.6% of total phosphorus from domestic wastewater. Regarding the genus Acinetobacter, it is the first bacteria isolated from biomass with a high phosphorus removal capacity (Du et al., 2017). In addition to Proteobacteria, other taxa, such as Gemmatimonadacea, that can take up excess phosphate under aerobic conditions (Wang et al., 2021b).

The phosphorus removal efficiency of PAOs mainly depends on the accumulation and consumption of intracellular polyphosphate (Tian et al., 2017), which is directly related to the activities of the enzymes exopolyphosphatase (ppx) and polyphosphate kinase (ppk; Du et al., 2017). The ppx and ppk can catalyze anaerobic phosphorus release and aerobic phosphorus uptake, respectively, to achieve biological phosphorus removal (Tan et al., 2021b). However, high temperatures inhibit their activities; according to a previous study, the optimum temperature ranges from 20.0–35.0°C (Du et al., 2017).

In addition to PAOs, phosphorus-solubilizing bacteria (PSB) and denitrifying phosphorus-accumulating organisms (DNPAO) have also been found in CWs. Example are the genera Corynebacterium and Enterobacter, which are PSB that secrete organic acids (e.g., oxalic and citric acids) to convert insoluble phosphorus in the soil into soluble phosphorus for plant uptake (Wang et al., 2021b). Regarding DNPAO, it can use NO3−/NO2− as electron acceptors to absorb polyphosphate under anoxic conditions (Wang et al., 2020b). Alphaproteobacteria (e.g., the genus Paracoccus) and Anaerolineae have been reported to be DNPAO (Lv et al., 2021). The genera Brevundimonas and Chlorobaculum produce organophosphate hydrolases that hydrolyze organophosphate esters, and Variovorax can use insoluble phosphate as a phosphorus source for growth (Wu et al., 2020).



FUNCTIONAL MICROORGANISMS IN HEAVY METAL REMOVAL

Heavy metals are widely distributed in aquatic systems, difficult to degrade, and can accumulate in the food chain, making them hazardous environmental pollutants (Yu et al., 2020; Chen et al., 2021b). In CWs, microorganisms can be effective in removing heavy metals through mechanisms, such as biosorption, biomineralization, and valence transformation (Si et al., 2019; González Henao and Ghneim-Herrera, 2021). Figure 4 shows the main pathways of heavy metal removal by microorganisms in CWs. The relevant microbial phyla and genera are summarized in Table 3.
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FIGURE 4. Main mechanisms of heavy metal removal by microorganisms in CWs.




TABLE 3. Functional microorganisms in CWs for heavy metal removal.
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Among heavy-metal polluted water, mining-impacted water, especially acid mine drainage (AMD), has attracted widespread attention worldwide (Chen et al., 2021b). The AMD generated during and after mining and smelting activities is characterized by high acidity and sulfate and toxic metallic ion enrichment (Chen et al., 2021b,c). Therefore, for AMD remediation, bacterial sulfate reduction in CWs is a key process as it reduces the acidity of AMD and removes heavy metals by immobilizing them as sulfides, hydroxides, and carbonate precipitates (Chen et al., 2021c). The bacteria involved in sulfate reduction are known as sulfate-reducing bacteria (SRB) and they can drive simultaneous sulfate and metal removal as well as acidity neutralization (Habe et al., 2020; Chen et al., 2021b). The majority of SRB belong to the class Deltaproteobacteria in the phylum Proteobacteria. Among them, the more popular ones include the genera Desulfovibrio, Desulfobacter, Desulfobulbus, and Desulfurobacterium. In addition to SRB, other functional microorganisms with complementary ecological niches are also important for the effective remediation of AMD (Chen et al., 2021b,c). For example, members of the genus Propioniciclava can use a variety of carbohydrates to produce acetate and propionic acids, driving dissimilatory SBR metabolism (Torregrosa et al., 2019). Regarding the genus Cellulomonas, it can protect SRB community from oxygen exposure and also generate low-molecular-weight compounds through saccharification and fermentation to act as electron donors for SRB (Chen et al., 2021b). Therefore, these phyla and genera, which are mainly involved in organic decomposition and sulfate reduction, are the key microbial groups participating in the treatment of AMD in CWs.

Ironically, metal ions generally negatively impact microorganisms by disrupting cell membranes, inhibiting enzyme activity, destroying DNA, and disturbing cellular function (Yu et al., 2020), making tolerance important for the removal of heavy metals by microorganisms. Fe2+ can be oxidized to Fe3+ by the genera Thiomonas and Sideroxydans, making it easier to precipitate and thus less hazardous (Chen et al., 2021c). Yu et al. (2020) also found that the genera Serratia and Pseudomonas screened using Cd2+ and Zn2+ concentrations gradients showed resistant to these two heavy metals resulting in an increase in removal rates of 10.13 and 8.57%, respectively. The extracellular polymeric substances synthesized by Pseudomonas can bind heavy metals and block their diffusion within the biofilm, achieving extracellular sequestration, thereby protecting cells from heavy metal stress (Teitzel and Parsek, 2003; Giovanella et al., 2017). In addition, the cell surface of Pseudomonas and Serratia could also enhance the adsorption of Cd2+ and Zn2+ due to the presence of anionic functional groups (Cristani et al., 2012; Limcharoensuk et al., 2015). These findings lead us to infer that the cultivation of resistant microorganisms is a viable approach in heavy metal removal from wastewater and deserves further investigation. However, the way in which Serratia reduces the hazard of heavy metals is through secreting several proteins and enzymes such as heavy metal-binding proteins, transporter proteins, amino acids, histidine-binding proteins, and redox enzymes, which can efflux metal ions (Chen et al., 2019). This cannot contribute to heavy metal removal by CWs. Therefore, resistant microorganisms are not exactly the same as functional microorganisms and further research into the mechanisms of heavy metal removal by microorganisms is required to make a determination. Yu et al. (2020) found that functional microorganisms also evolved in the control group that was not inoculated with resistant microorganisms, albeit over a longer period. Most likely, the microbial community structure in the system was spontaneously altered, facilitating resistance to heavy metal stress. In contrast, systems inoculated with resistant microorganisms can experience a less pronounced microbial community evolution to obtain a dominant strain when encountering environments with heavy metals, saving time for biofilm stabilization (Rahman, 2020).

The interactions between microorganisms and plants also greatly affects the removal of heavy metals (González Henao and Ghneim-Herrera, 2021). Microorganisms and plants have long been growing together and microorganisms have more or less established associations with plants (Vassallo et al., 2020). In particular, rhizobacteria and endophytic bacteria can support plant growth through uptake of nutrients (e.g., N, P, Mg, Fe, and Ca), biosynthesis of plant growth-promoting phytohormones, and tolerance to pollution and stress (Syranidou et al., 2018; Vassallo et al., 2020). This can alleviate the toxic stress of heavy metals on plants and can also facilitate the accumulation of heavy metals by plants (Syranidou et al., 2018; Vassallo et al., 2020). In turn, the main function of plants in CWs is to provide additional oxygen and organic matter for microbial growth (Zhou et al., 2013). Thus, good plant growth also provides a more suitable environment for microbial growth (Sturz et al., 2000). This mutualistic interaction facilitates heavy metal removal by CWs. Syranidou et al. (2016) found that inoculation of the Juncus acutus with a selected endophytic bacterial consortium removed emergent pollutants and metals faster and more efficiently compared to uninoculated plants. Similarly, Vassallo et al. (2020) isolated eight bacterial strains (belonging to the genera Bacillus, Planococcus, and Pseudomonas) from samples taken from the roots of Phragmites australis. They grew well in wastewater with high concentrations of heavy metals (45 mg/l for Fe and 0.09 mg/l for Se), and the higher the concentration of heavy metals, the faster they grow (Vassallo et al., 2020). In conclusion, rhizobacteria and endophytic bacteria have been shown to be reliable functional microorganisms for heavy metal removal as they have sufficient resistance to heavy metals and can enhance phytoremediation efficacy.



FUNCTIONAL MICROORGANISMS IN ANTIBIOTIC REMOVAL

Antibiotics are compounds that inhibit the growth of microorganisms (Chen et al., 2020; Xu et al., 2020). They are widely used in human and animal medicine and as animal growth promotors (Chen et al., 2020; Xu et al., 2020). Based on previous studies, antibiotics are now widely present in aquatic environment and that their presence and persistence often cause toxic effects, posing a significant threat to humans, animals, and aquatic habitats (Huang et al., 2017; Shan et al., 2020; Lu et al., 2021). Antibiotic contamination can also lead to the spread of resistance genes, thereby increasing the resistance of microorganisms and reducing the therapeutic potential against human and animal pathogens (Troiano et al., 2018; Chen et al., 2020; Shan et al., 2020). It has been reported that CWs are highly suitable for antibiotic removal, with removal efficiencies as high as 91.8 to 99.5% (Xu et al., 2020). The removal of antibiotics in CWs has undergone a series of complex physical, chemical and biological processes, such as adsorption, precipitation, and microbial degradation (Wang et al., 2019a). Among them, microorganisms are considered to be the driving force for the degradation of antibiotics in CWs (Wang et al., 2019a; Shan et al., 2020; Zheng et al., 2021b). The main functional microorganisms involved in antibiotics removal in CWs are summarized in Table 4.



TABLE 4. Functional microorganisms in CWs for antibiotic removal.
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Sulfonamides (SAs), including sulfamethoxazole (SMX) and sulfadiazine (SDZ), are widely used in animal agriculture and human health care and are the most common residual antibiotics in almost all environmental compartments (Ouyang et al., 2021). They can significantly inhibit bacterial populations, such as Desulfarculus, denitrifying bacteria, and Syntrophobacter, affecting the sulfur and nitrogen cycles (Man et al., 2020). Microbial-mediated degradation can significantly contribute to the removal of SAs in CWs, both under aerobic and anaerobic conditions (Chen et al., 2020). For example, under aerobic conditions, Bacillus and Geobacter can degrade SAs (Chen et al., 2020). The genus Bacillus, belonging to the phylum Firmicutes, can be enriched under SAs stress, degrading SMX to NH4+ and further to NO3− (Liu et al., 2018). Geobacter, a member of the phylum Proteobacteria, is considered a potential SDZ degrader (Zhang et al., 2019a). The genus Microbacterium in the phylum Actinobacteria can also use SMX as the sole carbon source under aerobic conditions (Sauvetre et al., 2020; Ouyang et al., 2021). The molecular mechanism of SMX catabolism by Microbacterium is initiated by ipso-hydroxylation, followed by NADH-dependent hydroxylation of the carbon atom attached to the sulfonyl group, which leads to the release of sulfite, 3-amino-5-methylisoxazole, and benzoquinone imine, of which the latter is converted to 4-aminophenol (Ricken et al., 2013). As for the genus Bradyrhizobium can accelerate SAs removal under anaerobic conditions (Chen et al., 2020). In CWs, the three main phyla involved in the degradation of SAs are Proteobacteria, Actinobacteria and Firmicutes, and some key genera, such as Pseudomonas, may metabolize glucose and subsequently attenuate SMX by co-metabolism of organic matter and SMX (Zheng et al., 2021b). In addition, Desulfovibrio also plays a key role in SMX transformation and can transform SMX alone (Ouyang et al., 2021).

In addition to SAs, common antibiotics include fluoroquinolones (FQ) and cephalosporin (CP), two of which are the most widely used antimicrobials drugs worldwide (Alexandrino et al., 2017). Among them, FQ include ciprofloxacin (CIP), ofloxacin (OFL), and enrofloxacin (ENR); CP include ceftiofur (CEF). For these types of antibiotics, Amorim et al. (2014) investigated the soil bacterium Labrys portucalensis F11 in minimal medium supplemented with acetate as an additional carbon source and demonstrated its ability to degrade a range of FQ (e.g., CIP). Similarly, Lin et al. (2016) suggested that the genus Arthrobacter can dissipate FQ (e.g., OFL) as an additional carbon and energy source. The genus Dysgonomonas has also been shown to biodegrade ENR and CEF (Alexandrino et al., 2017).

In addition, the first Watch List of the EU Water Framework Directive [European Commission (EC)2015] identifies the anti-inflammatory diclofenac (DCF) and the antibiotic SMX as two emerging contaminants (Sauvetre et al., 2020). For DCF, Bessa et al. (2017) demonstrated that strain Brevibacterium sp. D4 could biodegrade 35% of 10 mg/l of DCF as the sole carbon source. Moreira et al. (2018) also reported that the bacterial strain Labrys. portucalensis F11 degraded 70% of 34 μM of DCF, supplied as the sole carbon source, after 30 days of cultivation. Regarding the microorganisms associated with the degradation of other antibiotics, such as ampicillin, tetracycline, triclosan (TCS), and ceftiofur (CEF) are listed in Table 4.

As shown in Table 4, the vast majority of functional microorganisms related to antibiotic removal belong to the Proteobacteria, Acidobacteria, and Bacteroidetes phyla, probably due to the presence of degradation genes (Liu et al., 2019). According to Huang et al. (2017), the phylum most significantly related to antibiotic removal is Proteobacteria phylum, followed by Bacteroidetes and Actinobacteria. Of these, Betaproteobacteria of the phylum Proteobacteria have been shown to be effective in addressing the global antibiotic resistance issue (Alexandrino et al., 2017; Shan et al., 2020).

However, functional microorganisms may develop antibiotic resistance in the process of degrading antibiotics and may even cover functions other than antibiotic resistance (Alonso et al., 2001; Troiano et al., 2018). Antibiotic resistance may be inherent to microorganisms or may arise through horizontal gene transfer from donor bacteria, phages, or free DNA (Alonso et al., 2001; Troiano et al., 2018; Santos et al., 2019a). An increase in antibiotic resistant microorganisms may lead to a decrease in the therapeutic potential of antibiotics, thus making it more difficult to treat microorganisms’ infections (Santos et al., 2019a). Notably, an induction of antibiotic resistance genes has been reported with the effective removal of antibiotics by CWs (Liu et al., 2019). Therefore, it is a great challenge for CWs to avoid the induction of antibiotic resistance genes while effectively removing antibiotics.



EMERGING POLLUTANTS

In addition to the above four typical pollutants, CWs are also used to remove some emerging pollutants, such as hormones, pesticides, food additives, flame retardants, nanoparticles, and persistent organic pollutants (e.g., polychlorobiphenyls and polycyclic aromatic hydrocarbons; Rajan et al., 2019; Vymazal et al., 2021; Yin et al., 2021). Biodegradation is generally considered as one of the important processes responsible for these emerging pollutants removal (Vymazal et al., 2021). Zhang et al. (2021e) found that Firmicutes, Clostridia, and Acetobacterium were able to tolerate abiotic stresses and thus degrade chlorpyrifos into carbon sources. Liu et al. (2020b) demonstrated that Pseudomonas, Duganella, and Sphingobium are resistant to the threat of organophosphate flame retardants [tris (2-chloroethyl) phosphate, tris (1-chloro-2-propyl) phosphate, and tricresyl phosphate] and have the ability to biodegrade. Ahmad et al. (2019) also showed that various genera, such as Flavobacteriaceae, Novosphingobium, and Mycobacterium can degrade polycyclic aromatic hydrocarbons in a diverse environment. However, there is still relatively little research on these emerging pollutants removed by microorganisms in CWs, so this section is not the focus of this review and more research is needed in the future to focus on the degradation and removal mechanisms of these emerging pollutants by microorganisms.



MICROBIAL ALPHA DIVERSITY ANALYSIS

In addition to the composition and structure of microorganisms, the diversity of microbial communities can also influence the performance of CWs in removing pollutants (Zhang et al., 2019b). Therefore, this review explored the effect of four typical pollutants on the microbial diversity of CWs by counting the values of microbial diversity in different studies. As alpha diversity can reflect the species diversity of microbial communities within a given region, this review has chosen to represent the diversity of microbial communities through the value of alpha diversity (Pitacco et al., 2019; Laliberte et al., 2020).

To better reflect the influence of pollutant concentration on microbial diversity, the pollutants nitrogen and phosphorus were classified into high and low concentrations. Since CWs are generally used for deep treatment of the tailwater of wastewater treatment plants, wastewater with total nitrogen concentrations exceeding 20 mg/l and total phosphorus concentrations exceeding 1.5 mg/l was designated as high concentrations with reference to the Discharge Standard of Pollutants for Municipal Wastewater Treatment Plant (GB 18918–2002) - level B standard. Table 5 shows the specific values of microbial alpha diversity in CWs considering the four typical pollutants (nitrogen, phosphorus, heavy metals, and antibiotics). To better visualize and compare, box plots (Figure 5) were generated using the median value of alpha diversity in Table 5 as the data.



TABLE 5. Alpha diversity of microorganisms in CWs treated different pollutant.
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FIGURE 5. Effects of four typical pollutants on microbial alpha diversity in CWs. (A) Chao index; (B) ACE index; (C) Shannon index; (D) Simpson index (HN: high concentration of nitrogen; LN: low concentration of nitrogen; HP: high concentration of phosphorus; LP: low concentration of phosphorus; HM: heavy metal; Ant: antibiotic).




EFFECTS OF NITROGEN AND PHOSPHORUS ON ALPHA DIVERSITY

As shown in Figure 5, nitrogen and phosphorus have similar effects on alpha diversity, so we put them together for analysis. Regarding richness, at high concentrations of nitrogen and phosphorus, both the Chao1 index and the ACE index were significantly lower than at low concentrations, suggesting that microbial richness is severely reduced in environments with high concentrations of these pollutants. Most likely, microorganisms not involved in pollutant removal are eliminated or suppressed in these extreme environments, resulting in fewer microbial species (Xiao et al., 2020). The closer data for high concentrations of nitrogen and phosphorus also indicate that certain specific microbial species may have formed, resulting in similar richness levels in different studies. On the contrary, at low concentrations of nitrogen and phosphorus, although the values of both Chao1 and ACE indexes were higher, the data were more scattered. This may be due to the dominance of other influencing factors, such as C/N ratio (Jia et al., 2021) and substrate type (Ajibade et al., 2021).

Regarding diversity, it is evident from the Simpson index that high concentrations of nitrogen lead to a decrease in diversity, i.e., to the emergence of dominant populations. This corresponds with the richness analysis. Apparently, high nitrogen concentrations facilitate the growth of microorganisms associated with nitrogen cycling and suppress the growth of microorganisms of other functions (Xiao et al., 2020). Interestingly, the Shannon index was high but the Simpson index was low for high phosphorus concentrations, with the opposite pattern for low phosphorous levels. This may be explained by the high sensitivity of the Shannon index to community richness (Zhang et al., 2019b). Low phosphorous concentrations allow for a consistently high level of species diversity, reflecting no large differences in abundance among microorganisms with different functions in the absence of significantly prominent contaminants.

The combined richness and diversity indices show that high concentrations of nitrogen and phosphorus lead to varying reductions in both indices, reflecting the presence of significantly dominant populations. These populations are the functional microorganisms that play an important role in the removal of nitrogen and phosphorus.



EFFECTS OF HEAVY METALS ON ALPHA DIVERSITY

Heavy metals can significantly decrease microbial richness. This can be explained by the toxicity of heavy metals to microorganisms and the inability of microorganisms to directly degrade heavy metals (Bianchi et al., 2020). In this sense, the presence of heavy metals had a selection effect on microorganisms in CWs, and microbial succession occurred in CWs over time, where the enrichment and structural optimization of dominant species may lead to the reduction in richness and diversity (Xiao et al., 2021). However, in contrast to the case of high concentrations of nitrogen and phosphorus, the difference between the data for heavy metals is larger, resulting in a larger box in the box plot. The most likely reasons for this are that the toxicity of different types of heavy metals to microorganisms may vary and that different microorganisms have different resistance levels to heavy metals.

Regarding the effect on diversity, although the median of heavy metals can be high, the data are scattered, with a relatively large gap between the maximum and the minimum values. The occurrence of low values is easy to understand because heavy metals screen and selectively enrich microbial communities (Jia et al., 2021; Xiao et al., 2021), and most studies on heavy metals select microorganisms isolated from plant roots or screened from wastewater with high concentrations of heavy metals as functional microorganisms, resulting in the formation of dominant populations and in a lower diversity index. The high values can be explained by the microbial community being under pressure from heavy metals and the species within the community all evolving towards high heavy metal resistance (Yu et al., 2020). As a result, the abundance of different species is gradually increasing and the community as a whole is more even, so that there are no clearly dominant populations. In addition, during the treatment of heavy metals, key microorganisms require a variety of other microorganisms to cooperate and complement them (Chen et al., 2021b), which can also lead to a higher diversity. For example, the section “Functional Microorganisms in Heavy Metal Removal” mentioned a variety of microorganisms that can enhance the metabolism of SRB or provide them with electron donors, thus enhancing the bacterial sulfate reduction process. Abed et al. (2018) suggested that although SRB play a key role in AMD remediation, they account for only a small fraction of the total bacteria in the CWs.

Since nitrogen and phosphorus are essential elements for CWs, we also counted the microbial alpha diversity of the control group. We found that after the addition of heavy metals, the richness and diversity of microbial community in CWs decreased to varying degrees. This suggests that heavy metals exert more selective pressure on microorganisms compared to nitrogen and phosphorus, resulting in lower richness and more pronounced dominant populations. The experiments by Zhang et al. (2021e) also demonstrated that the combined pollution of antibiotics and heavy metals had a greater effect on microbial richness than that of a single contaminant, resulting in a decrease in richness values; the higher values of diversity may be due to the variety of pollutants and the need for a wider variety of functional microorganisms to deal with these pollutants.

Overall, the addition of heavy metals causes different degrees of reduction in the alpha diversity of microbial communities in CWs; in particular, the effect on microbial richness is obvious. This is can be seen in Table 5. And the higher the concentration of heavy metals, the greater the impact on alpha diversity.



EFFECT OF ANTIBIOTICS ON ALPHA DIVERSITY

Antibiotics, due to their mechanism of action, result in lower richness values appear in microbial communities (Tong et al., 2019). However, the median value of the richness of antibiotics is located at a high level. In this case, the increase in microbial richness may be attributed to antibiotics acting as signaling molecules that stimulate the metabolic activity of microorganisms and thereby stimulate the growth of certain microbial species (Li et al., 2021c). With prolonged incubation time, microorganisms were able to gradually adapt to the environment and accumulate, leading to an increase in the richness of the microbial community. This is similar to the effect of heavy metals on microbial richness, but the difference is that the functional microorganisms involved in antibiotic removal can use antibiotics as carbon sources, resulting in a higher microbial richness (Zheng et al., 2021b). Based on the data presented in Table 5, in some studies, after the addition of antibiotics, the richness values were even higher than those in the control group.

Regarding diversity, different antibiotics correspond to different functional microorganisms and therefore easily lead to the formation of dominant population (Yuan et al., 2020). This explains the low values of both diversity indices in the presence of antibiotics.

Overall, antibiotics, like heavy metals, can have a significant impact on microbial alpha diversity, resulting in large differences among the various studies considered here. This reflects the fact that microbial communities may both take longer to remain stable and acquire the corresponding resistance or ability to remove contaminants in the presence of antibiotics or heavy metals (Yu et al., 2020; Zheng et al., 2021b).



CONCLUSION AND PERSPECTIVES

The microbial community, as an important component of CWs, plays a critical role in the removal of pollutants. According to the results of this review, research on microorganisms is gaining increased attention with the advancement of molecular bioanalysis techniques, and studies on microorganisms in CWs have gained considerable importance. This review provided a summary of the functional microorganisms involved in the removal of nitrogen, phosphorus, heavy metals, and antibiotics, the most frequently studied typical pollutants in CWs. This can help researchers to find links between functional microorganisms and pollutants, as well as facilitate the discovery of more relevant functional microorganisms. By summarizing the main functional microorganisms in CWs, we found that the phylum Proteobacteria is the dominant one, containing microorganisms with a wide range of functions. In addition, the phyla Bacteroidetes, Actinobacteria, and Firmicutes are also frequently detected in CWs. These functional microorganisms can remove pollutants from CWs by catalyzing chemical reactions, biodegradation, biosorption, and supporting plant growth, etc. The complexity of the microbial community structure and limitations of microbial analysis techniques make it difficult to draw other general conclusions. Regarding the effects of different pollutants on microbial diversity, we found that different microorganisms respond in different ways. When CWs contain high nitrogen and phosphorus levels, functional microorganisms associated with nitrogen and phosphorus removal become dominant in the system, and numerous cross-over phyla or genera of functional microorganisms have been identified. This indicates that research on nitrogen and phosphorous in CWs is advanced and that the removal mechanisms are well understood. In the case of heavy metals or antibiotics, the system can evolve microorganisms adapted to these substances. However, because studies on these two pollutants are scarce, the results cannot be generalized. Overall, heavy metals and high concentrations of nitrogen and phosphorus decrease both microbial richness and diversity in CWs, whereas antibiotics cause large fluctuations in alpha diversity.

Research on the microbial treatment of pollutants in CWs has achieved tremendous breakthroughs and advances with the development of various technologies, but some aspects deserve further investigations:

•Functional microorganisms in CWs should be studied and analyzed more frequently. They play an important role in the removal of pollutants but are often not the dominant microbes. Many studies have focused on the analysis of the overall microbial profile in the system, whereas research on the profile of functional microorganisms in the system is still lacking. In the future, it may be possible to focus on functional microorganisms and to investigate more deeply the composition and diversity of these microorganisms and the influence of different factors on their growth and development.

•Plant-microbe interactions are critical in the removal of contaminants in CWs, and many functional microorganisms associated with the removal of heavy metals, antibiotics, and organic pollution are rhizobacteria or endophytic bacteria isolated from plants. Therefore, further research on plant-associated microorganisms can deepen our understanding of the role of specific microorganisms and plants acting together in the removal of contaminants from CWs.

•There is a lack of studies on microorganisms involved in heavy metal, antibiotics, and some emerging pollutants (such as pesticides, flame retardants, and Polychlorobiphenyls) removal, and often, some specific strains are cultured or isolated to improve the removal efficiency. Therefore, research on these aspects needs to be intensified.

•In the future, more emphasis should be placed on the study of microorganisms at the genetic level, determining their functional enzymes or functional genes. However, such an approach is dependent on the technological advances.
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Nitrous oxide (N2O) is a powerful greenhouse gas and the predominant stratospheric ozone-depleting substance. Soil is a major source of N2O but remains largely uncertain due to the complicated processes of nitrification and denitrification performed by various groups of microbes such as bacteria, fungi, and archaea. We used incubation experiments to measure the total fungal, archaeal, and bacterial N2O production potential and the microbial functional genes in soils along 3,000 km Chinese grassland transect, including meadow steppe, typical steppe, desert steppe, alpine meadow, and alpine steppe. The results indicated that fungi, archaea, and bacteria contributed 25, 34, and 19% to nitrification and 46, 29, and 15% to denitrification, respectively. The AOA and AOB genes were notably correlated with the total nitrification enzyme activity (TNEA), whereas both narG and nirK genes were significantly correlated with total denitrification enzyme activity (TDEA) at p < 0.01. The correlations between AOA and ANEA (archaeal nitrification enzyme activity), AOB and BNEA (bacterial nitrification enzyme activity), and narG, nirK, and BDEA (bacterial denitrification enzyme activity) showed higher coefficients than those between the functional genes and TNEA/TDEA. The structural equation modeling (SEM) results showed that fungi are dominant in N2O production processes, followed by archaea in the northern Chinese grasslands. Our findings indicate that the microbial functional genes are powerful predictors of the N2O production potential, after distinguishing bacterial, fungal, and archaeal processes. The key variables of N2O production and the nitrogen (N) cycle depend on the dominant microbial functional groups in the N-cycle in soils.

Keywords: nitrification, denitrification, fungi, archaea, bacteria


INTRODUCTION

Net primary productivity is usually restricted by nitrogen bioavailability in the terrestrial ecosystem (LeBauer and Treseder, 2008). Nonetheless, a fraction of available N can be lost via the N2O flux from the soil, further aggravating the limitation of N. The emission of N2O from the soil is mainly caused by the activity of nitrifiers and denitrifiers and contributes to 57% of the global N2O emissions (Tian et al., 2019). As a powerful greenhouse gas, the warming potential of N2O is 300-fold stronger than that of carbon dioxide (Ravishankara et al., 2009). Consequently, several studies have been conducted to explore the emission of N2O from terrestrial soils to determine its production and budget on a regional scale (Ravishankara et al., 2009; Attard et al., 2011; Cantarel et al., 2012; Zhong et al., 2014; Tian et al., 2019). However, global N2O budgets remain largely uncertain due to the complicated microbial processes involving N2O flux from soils (Skiba and Smith, 2000).

The nitrification and denitrification processes have been gradually identified (Arnold, 1954); for example, ammonia is converted to nitrite and then to nitrate by nitrifiers during nitrification. Subsequently, [image: image] can be reduced to NO[image: image] and then to NO and is finally transformed into N2O and N2 by denitrifiers during denitrification (Offre et al., 2013). Initially, microbial nitrification and denitrification were hypothesized to be mainly controlled by bacteria through functional genes (Table 1) (Stein, 2020). Most of these studies have been conducted in croplands or grasslands, which were managed or intermediate environments because the environments are more suitable for bacterial growth (Francis et al., 2007; Klotz and Stein, 2008). Meanwhile, more and more researches have been conducted to determine the relationship between microbial functional gene abundance and N2O emission to accurately predict soil N2O fluxes (Saleh-Lakha et al., 2009; Li et al., 2021). However, consistent relationships are seldom observed between them, suggesting that the gene abundance was not facilitating the prediction of N2O fluxes from the soil (He et al., 2010; Attard et al., 2011; Zhong et al., 2014; Kou et al., 2019).


Table 1. Enzymes and functional genes involved in microbial production and consumption of N2O.

[image: Table 1]

Recent research has reported that fungi and archaea also participate in the production of N2O, following similar pathways to those of bacterial nitrification/denitrification. However, the process of fungal nitrification is still unclear, and fungal denitrification does not involve the reduction of nitrous oxide due to the absence of the nos gene (Wankel et al., 2017). Since the ammonia-oxidizing archaea were first observed in the oceans, archaeal nitrification has gained widespread attention and proved crucial in many habitats (Treusch et al., 2005; Leininger et al., 2006; Francis et al., 2007). Furthermore, Zhu et al. (2015) has also demonstrated that fungi also play an important role in nitrification and dominate the heterotrophic nitrification of acidic soils. Furthermore, the contribution of fungal denitrification to the N2O production potential ranged from 17.0 to 89.1% in dryland or soil with high organic matter content (Zhong et al., 2018). This indicates that fungi and archaea could also play important roles in nitrification and denitrification due to their various environmental adaptabilities. However, few studies have quantified the contribution of bacteria, fungi, and archaea to N2O production and their driving factors (Xu et al., 2017; Kaurin et al., 2018). Thus, the knowledge of the driving mechanisms of N2O flux is limited, and the functional genes involved in soil N2O fluxes are not well known. This might explain why previous studies using only the bacterial functional genes were unable to reach total N2O production in the soil (Zhong et al., 2018).

Grassland accounts for about 20% of the global terrestrial land (DAHV CISNR, 1996). Grassland, which is the third largest ecosystem, occupies 41.70% of the land in China, with the presence of diverse grasslands and soil types across the north and northwest parts of China under various climates (DAHV CISNR, 1996; Wang and Fang, 2009). This provides a unique platform to examine N2O production and clarify the roles of various microbial functional groups on a large scale (Liao and Jia, 1996). Previous studies demonstrated that soil moisture was the major factor in the N-cycle in Chinese grasslands due to the arid and semiarid climates, but the dominant microbes in soil N2O production remain unknown (Zhong et al., 2014). To understand the role of bacteria, fungi, and archaea in the soil N-cycle, we quantified their contributions to N2O production via the nitrification and denitrification processes and determined the relationships between archaeal, fungal, or bacterial functional genes and N2O production potential in Chinese grassland soils over a large space. Based on previous studies, we hypothesize the following: (1) fungi and archaea play a major role in soil N2O production since climatic and edaphic conditions are more suitable for them in the grasslands of Northern China (Zhong et al., 2014, 2018); (2) the differentiation of the bacterial, fungal, and archaeal N2O production processes can increase the predictive power of microbial functional genes in soil N2O production. Finally, we have also clarified the driving factors responsible for the production of N2O in Chinese grasslands and have demonstrated that integrating the roles of bacteria, fungi, and archaea will remarkably improve the evaluation of the soil N2O budget.



MATERIALS AND METHODS


Chinese Grassland Transects and Soil Sampling

Soil samples were collected from four stations in the Inner Mongolia grassland and four in the Tibet grassland (Supplementary Table S1), spanning nearly 20° in latitude (31°26′N−50°21′N), 30° in longitude (89°02′E−119°07′E), and 4,000 m in altitude range (618–4,700 m above sea level). The mean annual air temperature (MAT) on the grasslands varied from −2.6 to 2.1°C and −2.1 to 1.1°C in Inner Mongolia and Tibet grasslands, respectively. The mean annual precipitation (MAP) varied from 223 to 385 mm and 310 to 630 mm in the Inner Mongolia and Tibet grasslands, respectively (Supplementary Table S1).

The main grassland types in Inner Mongolia were meadow, typical, and desert steppe, which were from northeast to southwest. The typical steppe, also known as true steppe or dry steppe, occupies the largest and most contiguous extent of all the steppe ecosystem types in China and holds the central position in the ecological sequence of Chinese steppe grassland ecosystems (Li et al., 2020). The major grassland types in the Tibet Plateau were alpine meadow steppe, alpine steppe, and alpine desert steppe. The details of dominant plant species and soil types were the same as mentioned by Kou et al., 2019.

The soil samples were collected in triplicate in August 2017. Each time, five samples were mixed in equal proportions by three soil cores (10 cm in diameter) at a depth of 0–10 cm taken from each plot located along a diagonal line. All soil samples were sieved, homogenized, and then divided into two fractions: one was air-dried for chemical analyses, and the other was preserved at −20°C for 2 weeks for enzyme and gene abundance analysis.



DNA Extraction and Measurement

To determine the soil levels of [image: image]-N and [image: image]-N, the soil sample was extracted with KCl solution (2 mol/L), and then an Automated Ion Analyzer (Quickchem FIA Star 5010, LACHAT) was utilized. Gravimetric soil moisture (SM) was determined by the percentage of moisture content in the soil after oven-drying at 105°C for 24 h. The soil level analyses of total nitrogen (TN) and total carbon (TC) were carried out by the Kjeldahl method and the H2SO4-K2Cr2O7 oxidation, respectively (Nelson et al., 2015).

We extracted soil DNA using the MoBio–DNA Kit according to the manufacturers' instructions. The DNA samples were kept at −20°C before the determination. The population sizes of ammonia monooxygenase, amoA-AOA, amoA-AOB, bacterial nirK, nirS, and nosZ clade I and II genes and of fungal nirK (FnirK) were measured using Q-PCR in triplicates. The primers are shown in Supplementary Table S2, and the method has been described in the study by Zhong et al. (2017, 2018).



The Nitrification Enzyme Activities

To determine the N2O production potential from the total and the individual potentials of bacteria, fungi, and archaea, we determined the total (TNEA), bacterial (BNEA), fungal (FNEA), and archaeal (ANEA) nitrification enzyme activities using an improved method of Dassonville et al. (2011). In a 250 ml bottle, we added 80 ml of solution of (NH4)2SO4 (50 μg N- g−1 dry soil) to offer the [image: image]-N as the raw material for the nitrification process, then an equivalent amount of 10 g of fresh soil to dry soil was added. Each soil sample was divided into four treatment groups with three replications [all inhibitors' concentrations were determined by inhibitor additivity ratios (IAR) evaluation]: (1) bactericide (streptomycin sulfate, C42H84N14O36S3) at 3.0 mg g−1; (2) fungicide (cycloheximide, C15H23NO4) at 1.5 mg g−1 (Castaldi and Smith, 1998; Laughlin and Stevens, 2002); (3) sterilized group (0.3 MPa and 121°C for 30 min) (Heil et al., 2015); and (4) no-inhibitor control. Then they were kept on a shaker at 28°C (180 rpm) for incubation, and a 10 ml of sample (soil slurry) was taken and filtered at 0, 24, and 48 h. An automated discrete analyzer (Smartchem 200, LACHAT) was used to analyze the [image: image] + [image: image] density. Here, we define the NEA as the nitrification enzymatic activity rate, and k is equal to the slope of the time-dependent linear rate of the [image: image][image: image] generation. Thus, TNEA (total NEA) = k (no-inhibitor control); BNEA (bacteria NEA) = TNEA – k (bactericide group); FNEA (fungi NEA) = TNEA – k (fungicide group); ANEA (archaea NEA) = TNEA – BDEA – FDEA – k (sterilized group).



The Denitrification Enzyme Activities

To determine the N2O production potential from the total and the individual potentials of the bacteria, fungi, and archaea, we determined the total (TDEA), bacterial (BDEA), fungal (FDEA), and archaeal (ADEA) denitrification enzyme activities using the method proposed by Patra et al. (2006) and Marusenko et al. (2013). In a 250 ml bottle, we added 80 ml of solution of KNO3 (50 μg N- g−1 dry soil), glutamic acid (0.5 mg C- g−1 dry soil), and glucose (0.5 mg C- g−1 dry soil) as raw materials for the denitrification process, then an equivalent amount of 10 g of fresh soil to dry soil was added. Each soil sample was divided into four treatment groups with three replications (all inhibitors' concentrations were determined by IAR evaluation): (1) bactericide (streptomycin sulfate, C42H84N14O36S3) at 3.0 mg g−1; (2) fungicide (cycloheximide, C15H23NO4) at 1.5 mg g−1; (3) sterilized group (0.3 MPa and 121°C for 30 min); and (4) no-inhibitor control. Also, the air at the bottle headspaces was replaced by the N2 gas and C2H2 (10% v/v) to suppress the N2O-to-N2 reduction and maintain an anaerobic denitrification process. Then they were kept in a shaker at 28°C (180 rpm) for incubation, and a 10 ml gas sample was taken at 0, 24, and 48 h during the period and then used to analyze the N2O concentration via gas chromatography. Here, we define the DEA as the denitrification enzymatic activity rate, and k is equal to the slope of the time-dependent linear rate of the N2O generation. Thus, TDEA (total DEA) = k (no-inhibitor control); BDEA (bacteria DEA) = TDEA – k (bactericide group); FDEA (fungi DEA) = TDEA – k (fungicide group); ADEA (archaea DEA) = TDEA – BDEA – FDEA – k (sterilized group).



Inhibitor Additivity Ratios Evaluation

The concentrations of inhibitors mentioned above were determined using IAR evaluation (Bailey et al., 2003; Zhong et al., 2022). Therefore, it is sure that the concentrations of inhibitors are sufficient to achieve the best inhibition and target the microbe without affecting other types of microorganisms. The incubation experimental conditions of the IAR evaluation are the same as those of the enzyme activity experiment. The IAR is estimated using the equation: IAR = [(A – B) + (A – C)] / (A – D). A is the no-inhibitor group, B is the bactericide group, C is the fungicide group, and D is the bactericide and fungicide group. Their values are equal to the slope of the time-dependent linear rate of the [image: image] + [image: image] density or N2O generation. The results of IAR are shown in Supplementary Table S3.



Verification of the Archaeal Nitrification and Denitrification Enzyme Activity

The archaeal nitrification and denitrification enzyme activities were estimated by calculating the difference between all treatments due to the lack of specific inhibitors for archaea. Zhao et al. (2020) reported simvastatin as a specific inhibitor of archaea; hence, we compared the accuracy of determining the archaeal nitrification and denitrification enzyme activities by the two methods.

We experimented with the parts of the “The nitrification enzyme activities” and “The denitrification enzyme activities” sections and added another treatment (5), wherein simvastatin (C25H38O5, an archaea code) at 12.5 mg g−1 in solution was used to inhibit the nitrification and denitrification activities of the soil archaea. The nitrification and denitrification enzyme activities of the soil archaea were estimated by the difference between the rates of denitrification enzyme activity under treatments (4), (3), (2), and (1) as ANEA1 and ADEA1 and between treatments (4) and (5) as ANEA2 and ADEA2. The results are presented in Supplementary Figure S1 to document the accuracy of our method.



Statistical Analyses

The random forest (RF) analysis was used to explore the most important predictors influencing the N2O production potentials from nitrification and denitrification, using the program “random forest” in the statistical package R (Liaw and Wiener, 2002). The details were described in the study by Archer, 2021 and Evans and Murphy, 2019.

For a better understanding of the chemical, physical, and biological traits of soil, as well as the N2O generation potentials, the structural equation modeling (SEM) was used considering all variables (MAP, MAT, soil pH, TC, TN, [image: image]-N, [image: image]-N, TNEA, FNEA, ANEA, BNEA, TDEA, FDEA, ADEA, and BDEA). For a better model fit, we represented [image: image], [image: image], TC, and TN by the soil factors (SC) through the principal component analysis (PCA) aided by SPSS 18 to reduce the model variable number. Given the small sample number for the variable number per modeling (n = 32), the estimates were likely conservative and fit (Shipley et al., 2004; Kang and Shipley, 2009). The gene abundance was examined for statistical significance via one-way ANOVA; significant differences among 8 locations were further examined at a 0.05 level through Duncan's multirange test. The gene abundance was also examined for statistical significance using the Mann–Whitney U test, with significant differences between Tibet and Inner Mongolia (p < 0.05). The SEM model was employed in IBM® SPSS® AmosTM 20. The chi-squared (χ2) test was applied to determine the difference between actual observed data and predicted by the model, and a p-value > 0.05 indicated no significant difference between the predicted and actual observed data. The coefficients were estimated by standardized coefficients then examined by analyzing correlation matrices and were considered significant when p < 0.05 (Petersen et al., 2012).




RESULTS


The Abundance of the N-Cycle Genes Across the Grassland Transect

The abundance of the functional microbial groups (bacteria: AOB, narG, nirK, nirS, nosZ, and nosZ clade II genes; archaea: AOA gene; and fungi: nirK gene) related to the N-cycle was measured (Table 2). However, the fungal nirK gene was not detected (Supplementary Table S2; Table 2). Across the grassland transect, there is a significant difference between Tibet and Inner Mongolia on AOA, AOB, narG, nirK, and nirS (p < 0.05, Table 2). The AOB and narG gene abundances ranged between 0 to 2.6 × 108 and 7.9 × 103 to 1.8 × 107 copies g soil−1, respectively. The nirK and nirS genes copies ranged from 1.9 × 103 copies g soil−1 at the Sonid Zuoq site to 1.8 × 107 copies g soil−1 at the Hezuo site and from 1.8 × 103 copies g soil−1 at the Sonid Zuoq site to 3.6 × 106 copies g soil−1 at the Hulunbuir site, respectively. The abundances of the nosZ and nosZ clade II genes ranged from 4.7 × 106 to 2.4 × 107 and 0 to 6.8 × 105 copies g soil−1, but the AOA gene abundance ranged from 1.6 × 104 to 9.6 × 108 copies g soil−1 across all the sites. Among 8 sites, Sonid Zuoq site is the significantly lowest (p < 0.05) on all gene abundance; Hezuo site is the significantly highest (p < 0.05) on AOA, AOB, and narG; Haibei site is the significantly highest (p < 0.05) on nirK; Hulunbuir site is the significantly highest (p< 0.05) on nirS; Xilin Hot site is the significantly highest (p < 0.05) on nosZ; and Haibei, Hezuo, and Nagqu are significantly higher than Sonid Zuoq on nosZ clade II (p < 0.05). The fungal nirK gene was not determined in any of the sites across the grassland transect.


Table 2. Copy numbers of soil microbial functional nitrification and denitrification genes in grasslands.
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Nitrification and Denitrification Enzyme Activities Across the Grassland Transect

Across the Chinese grassland transect, the TNEA and TDEA in the soils varied from 0.03 to 3.34 and 0.05 to 4.77 μg N g−1 h−1, respectively. The BNEA, FNEA, and ANEA varied from 0 to 0.88, 0 to 1.17, and 0.03 to 0.56 μg N g−1 h−1, respectively. In comparison, the BDEA, FDEA, and ADEA varied from 0 to 0.92, 0 to 2.62, and 0.04 to 0.81 μg N g−1 h−1, respectively. In the Tibetan grasslands, the NEA and DEA from bacteria, fungi, and archaea were much higher than in the Inner Mongolia grasslands, except for FNEA and BNEA in Baingoin (Figure 1).


[image: Figure 1]
FIGURE 1. The activities of nitrification and denitrification enzymes from fungi (FNEA and FDEA), bacteria (BNEA and BDEA), and archaea (ANEA and ADEA) and total nitrification and denitrification enzymes activities (TNEA and TDEA) at different sampling sites in grassland soils. The values represent means ± 1 SEM (n = 4). The length of the gray bar means the contribution percentage of fungi, bacteria, archaea, and abiotic on the total nitrification or denitrification enzymes activities (0% equal to 0 cm, 100% equal to cell width).


The verification of the archaeal nitrification and denitrification enzyme activity showed no significant difference (p > 0.05) between these two methods, which agreed with our design and the results of the ANEA and ADEA methods.



Correlations Between the Soil Factors and Gene Abundance, and Between the Gene Abundance and Enzyme Activities

The results revealed that the gene abundance was strongly associated with enzyme activities at the regional level, which is among 8 sites' regions (Figure 2). The abundance of AOA, AOB, narG, and nirK genes significantly correlated with all factors, except for the pH and AOA. The abundance of nirS significantly correlated with TC and TN. The nosZ gene was significantly correlated with TC, TN, [image: image]-N, and [image: image]-N, whereas that of nosZ clade II was significantly correlated with SM, TC, TN, and [image: image]-N (Figure 3C).


[image: Figure 2]
FIGURE 2. Relationships between the abundance of AOA and TNEA or ANEA (A); AOB and TNEA or BNEA (B); narG and TDEA or BDEA (C); nirK and TDEA or BDEA (D) in grassland soils. The R2 values are the coefficients of determination.



[image: Figure 3]
FIGURE 3. Random forest (RF) models to identify the significant environmental factors and the abundance of nitrification genes controlling TNEA, FNEA, BENA, and ANEA (A); the abundance of denitrification genes controlling TDEA, FDEA, BDEA, and ADEA (B). The relationships between the physical and chemical properties of the soil and gene abundance (C). The importance is calculated as the percentage (%) increase in the mean square error in RF models (%IncMSE). For (A,B), the size of the circles indicates the importance of the environmental factors or the gene abundance for TNEA and TDEA. The text colored in orange represents adjusted p < 0.05; in blue represents adjusted p > 0.05, with the darker color indicating the lower or higher p-value, respectively. For (C), the color shade indicated the coefficients of determination, * indicates p < 0.10, ** indicates p < 0.05, and *** indicates p < 0.01.


Significant linear correlations were observed between the AOB genes, BNEA (R2 = 0.81, p < 0.01) and TNEA (R2 = 0.51, p < 0.01); between the AOA genes, ANEA (R2 = 0.71, p < 0.01) and TNEA (R2 = 0.52, p < 0.01); between the narG genes, BDEA (R2 = 0.72, p < 0.01) and TNEA (R2 = 0.53, p < 0.01); and between the nirK genes, BDEA (R2 = 0.61, P < 0.01) and TNEA (R2 = 0.39, p < 0.01). The predictive power of function genes was noticeable base on the significant linear correlations especially between microbial function genes with corresponding strain enzyme activities, e.g., AOA with ANEA. The nirS, nosZ +nosZ clade II gene abundances were not significantly correlated with BDEA or TDEA (Figure 2).



Factors Controlling the Nitrification and Denitrification Process

The RF results showed that MAP was the foremost factor influencing the TNEA, FNEA, ANEA, TDEA, and FDEA. The TC, TN, and [image: image]-N were also important influencers of BNEA, while the TC, TN, and [image: image]-N influenced BDEA. The AOA, AOB, and nirK genes were the foremost factor for ANEA, BNEA, and BDEA, respectively (Figures 3A, 4B).


[image: Figure 4]
FIGURE 4. Path plot of the final model, which depicts the pattern observations in both TNEA (A) and TDEA (B). The coefficients related with arrows represent the coefficients for multiple linear regressions. SC, soil condition; MAP, mean annual precipitation; pH, soil pH. The number of the pathway is the coefficient with significant levels denoted (p < 0.05).


The soil factors (SC) were the data of TN, TC, [image: image]-N, and [image: image]-N by principal component analysis (Supplementary Figure S2). The first principal components explained 68.9% of the total variance, suggesting that they could sufficiently describe the change in these data as soil factors. The primary model is presented in Supplementary Figure S3. The bacterial nitrification and denitrification could be assessed indirectly by quantifying the functional genes such as AOB, narG, and nirK. However, this approach could not assess the fungal or archaeal nitrification and denitrification because there were no fungal or archaeal functional genes related to nitrification and denitrification. As a result, to equally evaluate the relative importance of bacteria, fungi, and archaea to TNEA and TDEA, we did not include functional genes in the structural equation modeling.

The SEM results demonstrated fitting of the conceptual models for both TNEA and TDEA (Figure 4A, TNEA: χ2 = 4.138, d.f. = 7, p = 0.598; Figure 4B, TDEA: χ2 = 5.365, d.f. = 7, p = 0.721) to the observation data in the conventional system. For TNEA, FNEA was the foremost factor, followed by ANEA and BNEA. FNEA was explained by MAP and SC; BNEA was explained by SC, MAP, and soil pH. Similarly, for TDEA, FDEA was the most important controlling factor, followed by ADEA and BDEA. FDEA was explained by MAP, while BDEA was explained by SC. ANEA and ADEA had no relationship with other factors.




DISCUSSION


The Nitrification and Denitrification Gene Abundance

It was shown that the abundances of nitrification and denitrification genes revealed significant spatial heterogeneity in the Chinese grassland (Table 2). The abundances of the genes were higher in the Tibetan grassland as compared to the Inner Mongolian grassland, with the highest being at the Hezuo and Haibei sites and the lowest at the Sonid Zuoq site. This was in line with a previous study that also reported that the denitrification genes were the highest in the Tibetan grassland in China (Kou et al., 2019). This suggested that spatial heterogeneity may be a major driver of the changes in genes related to the nitrogen cycle. In our study, the relationship between soil moisture and AOA gene was the highest compared to that with other soil factors, whereas the bacterial nitrification and denitrification genes were more related to soil nutrients such as [image: image]-N, [image: image]-N, TC, or TN content, compared to soil moisture and pH (Figure 3C). All these relationships proved that the soil properties were crucial in driving the variation in the genes involved in the nitrogen cycle, but the driving factors were different for different functional genes because the responses to the changes in environmental factors may be different (Che et al., 2018; Zhong et al., 2018).



The Contribution of Bacteria, Fungi, and Archaea to Nitrous Oxide Production Potential

Previous studies have demonstrated that fungi are powerful nitrifiers and denitrifiers in arid, semiarid, or acidic soils (Laughlin and Stevens, 2002; Marusenko et al., 2013; Zhu et al., 2015; Zhong et al., 2018), with some evidence demonstrating nitrification and denitrification by archaea (Jung et al., 2011; Li et al., 2020). However, the researchers only compared the relative importance of the bacterial and fungal N2O production potential or between AOA and AOB genes. The contribution of bacteria, fungi, and archaea to N2O production is still unclear. Here, we used soils collected along the Chinese grassland transect and incubated them to quantify their contributions. We observed that the fungi, archaea, and bacteria contributed 25, 34, and 19% to the nitrification potential and 46, 29, and 15% to the denitrification potential, respectively (Figure 1). It was confirmed that the first hypothesis is true: fungi and archaea play a major role in soil N2O production and further suggested that fungi play a major role in N2O production, followed by archaea and bacteria (Figure 4). However, fungal nirK and archaea denitrification genes were not found, but fungi and archaea are the important contributors to the denitrification progress, which proved that the existing primers we used (Supplementary Table S2) are not suitable in Chinese north grasslands soil; those primers are only successfully proved in agricultural soil (Duan et al., 2018; Lourenço et al., 2022; Zhong et al., 2022). It is partly in agreement with those studies that showed that the AOA was more important in nitrification than AOB in temperate grasslands (Che et al., 2018), and fungi dominated the nitrous oxide production processes in Tibet grasslands (Zhong et al., 2018). However, some researchers have found that AOA produce less N2O than bacteria (Giguere et al., 2017; Waggoner et al., 2021), which is in contrast with our result. We believe that the different soil conditions can explain it; AOB has higher activities than AOA under high inorganic nutrients environment or artificial pasture (Zhong et al., 2014).

Regarding the Chinese north grasslands, minor contributions from bacterial nitrifiers and denitrifiers are ascribed to the low contents of inorganic nutrients or arid environment conditions in the temperate grasslands (Zhong et al., 2014), as well as the cold climate or high organic matter content in the alpine grasslands (Zhong et al., 2018). This is because bacteria generally have high gene abundance and activities in soils with high content of inorganic nutrients or relatively high moisture (Di et al., 2009; Yang et al., 2017). The average archaeal nitrification rates were higher than fungal nitrification because FNEA and BNEA were closer to 0% and dominated by archaea due to the extreme drought at Sonid Zuoq (Supplementary Table S1). If the Sonid Zuoq site is excluded, the average FNEA would be higher than the archaeal nitrification across the Chinese grassland transect. Therefore, fungi and archaea are more important than bacteria for N2O production process in both temperate and alpine grasslands.



The Prediction Ability of the Functional Gene Abundance to the Potential of Nitrous Oxide Emissions

Compared to the previous studies that used only bacterial functional genes, this study demonstrates that the gene abundance is a powerful predictor in the N2O production process after integrating the bacterial and fungal genes. The archaeal processes of nitrification and denitrification (Figure 2), i.e., the correlations between the AOA and ANEA, AOB and BNEA, and narG, nirK, and BDEA were much higher than those between AOA, AOB, and TNEA or between narG, nirK, and TDEA (Figure 2). The RF model also confirms these results and shows the same trend (Figure 3). It is in line with previous research, which reported that the abundances of bacterial nitrifiers and denitrifiers are weak indicators for predicting the rates of total nitrification and denitrification (Attard et al., 2011; Zhong et al., 2014; Kou et al., 2019). The microbial functional groups and soil N transformation rates and/or N2O emissions lack significant relationships, which is ascribed to using only the bacterial functional genes (Attard et al., 2011; Zhong et al., 2014; Kou et al., 2019). However, the contribution of bacteria to the N2O potential is often much lower than those of fungi and archaea, as the latter have different adaptation strategies to environmental changes compared to bacteria, i.e., inorganic nutrients can significantly increase the abundance and activity of the AOB gene but have no effects on the AOA gene in an agroecosystem (Xiang et al., 2017). Besides, warming can increase the bacteria but decrease the fungal N2O production potential in alpine grasslands (Zhong et al., 2018). All these studies show no or low correlation between the microbial functional genes and the total nitrification and denitrification rates. However, after we distinguished the bacterial, fungal, and archaeal N2O production processes, the results of correlations analysis found a significant relationship between function genes with enzyme activities. Therefore, we confirm that the functional genes are powerful indexes to the potential of nitrous oxide prediction after distinguishing the bacterial, fungal, and archaeal N2O production processes.



The Driving Factors Dominant the Nitrous Oxide Production Processes

To clarify the driving factors of bacterial, fungal, and archaeal N2O production, the soil nitrous oxide production pathways were investigated by SEM analysis. It indicated that fungi represent a major source of N2O production, followed by archaea. Several previous studies suggest that MAP or soil moisture play an important role in driving nitrification and denitrification in regions across the Chinese grassland transect, but they considered only the climate or soil properties (Wang et al., 2006; Zhong et al., 2014). Our results provide a different explanation: the MAP or soil moisture drives the N2O production process, where fungi and archaea are the dominant microbes in the N2O production process because they have also been reported to be the factors in the MAP in Chinese grassland.

The RF and SEM analysis confirmed that the MAP was the most important factor for fungal and archaeal nitrification and denitrification (Figures 3, 4), which was the major contributor to the N2O production potential. This indicates that MAP is a major driving factor in the N2O production in Chinese grassland. On the other hand, our study also demonstrated that mainly bacterial nitrification and denitrification were explained by different factors compared to the processes of archaea and fungi. The BNEA and BDEA were largely controlled by SC instead of MAP at the regional scale (Figures 3, 4). This finding was different from that observed in most studies on arid or semiarid grasslands, which reported that the bacterial functional genes, communities, or activities were mainly controlled by the MAP or soil moisture, as the grassland ecosystem was considered to be limited by water (Zhong et al., 2014, 2017). This might be explained by the higher sensitivity of bacterial nitrification and denitrification to changes in nutrient composition compared to soil moisture, even in semi-arid or alpine environmental conditions (Xiang et al., 2017). Therefore, our results highlight that it is necessary to describe the dominant microorganisms of the N2O production process to know its driving mechanism in the ecosystem, which is fungi in our research.

Based on the above results, if the role of fungi and archaea in N2O production is not accounted for, the evaluations of the budget of N2O from the soil will be highly uncertain. Several classical models like DAYCENT or DNDC simulated the emission of N2O with nitrification and denitrification modules (Ri et al., 2003; Del Grosso et al., 2005). Wu et al. (2015) used the SPACSYS model further to simulate the autotrophic/heterotrophic nitrification and denitrification and used its responses to environmental factors or nutrient availability to simulate of the N2O flux. All these ecosystem-modeling procedures in the soil make a unique pool; therefore, it ignored the microbial type and generally assumed that the variations in the biogeochemical process can predict system behavior based on a simple hypothesis, which simply takes all microbes as one pool and regardless of how the identity and abundance of microbial communities' changes. In our view, this “black box” may be valid only if the N-cycle process was dominated and made up largely by bacteria; otherwise, it might be a major reason behind the uncertainty of these models (Allison and Martiny, 2008). The modeling of N2O emission should further distinguish the bacterial, fungal, and archaeal nitrification and denitrification modules to improve the accuracy of the models (Figure 5). If so, the abundance of the microbial functional genes related to N2O production can significantly improve the accuracy of N2O prediction and can also be an important module of the models. On the contrary, while our study provides a novel insight into the models of N2O emission, it has several limitations. First, we only demonstrated that the microbial functional genes were powerful indicators for predicting N2O production potential after distinguishing the bacterial, fungal, and archaeal nitrification and denitrification. Improving the method to distinguish the N2O flux of bacteria, fungi, and archaea is important for improving the model. Secondly, irrespective of the metagenomic sequencing, geochip, or Q-PCR, the results were mainly based on the bacterial microbial functional genes. In contrast, the fungal, and particularly the archaeal functional genes, were studied less due to the lack of the primers for fungal nirK genes suitable for grassland soil and the lack of clarity regarding fungal nitrification (Vogel et al., 2009; Gao et al., 2020), and also lack of clarity regarding archaea denitrification, which only a few cultured archaea are capable of denitrification (Torregrosa-Crespo et al., 2016). Therefore, it is important to reveal the fungal nitrification process and design more primers for the fungal and archaeal functional genes related to the N2O production process and then promote the microbial module to improve the accuracy of the models further.


[image: Figure 5]
FIGURE 5. Contribution and mechanisms of bacteria, fungi, and archaea to the N2O production potential. The red color of the numbers represents the contribution of BNEA, FNEA, or ANEA to TNEA. The black color of the numbers represents the contribution of BDEA, FDEA, or ADEA to TDEA.





CONCLUSION

We demonstrate that fungi and archaea play dominant roles in the N2O production process in the grasslands of North China. It is suggested that the microbial functional genes are powerful indicators for predicting N2O production potential after distinguishing the bacterial, fungal, and archaeal N2O production processes. Besides, the key controlling variable on N2O production and N-cycle depends on the dominant microorganisms of the N-cycle in soils. Therefore, accurate predictions for N2O production and contribution to the development of the ecosystem N-cycle models will benefit from distinguishing the bacterial, fungal, and archaeal N-cycle process.
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Alpha
Diversity

Pollutant type

High
concentration
of nitrogen

Low
concentration
of nitrogen

High
concentration
of phosphorus

Low
concentration
of phosphorus

Heavy Metal

Antibiotic

Richness

Chaot

266.500 + 62.500

621.250 + 115.150

841.500 + 163.500
1287.117 £ 230.722

1296.915 = 59.345
1375.966 + 257.945

1586.500 * 214.500

1726.500 + 108.500

1755.075 + 92,235

2001.110  883.090

2274.150 + 56.660

2299.615 + 366.595
4398.800 + 804.200
4422,000 + 315,000

2133.745 + 127.930

2346.600 + 216.230

2468.095 + 837.095

2686.500 + 317.500

3119.060 + 215.950
3574.000 + 75.000

4592.500 + 269.500

4932.250 + 175.350
6924.040 + 1255.720
4393.430

7972.000 + 186,000

621.250  115.150
841.500 = 163.500
1375.966 + 257.945
1725.500 = 108.500
1755.075 + 92.235

1788.146 + 157.145

2001.110 + 883.090
2274.150 + 56.660
2299.615 + 366.595
2468.095 + 837.095
4398.800 + 804.200
4592.500 + 269.500
2346.600 + 216.230
2133.745 + 127.930

2686.500 + 317.500

7492.815 + 1030.225

2355.050 + 745.750

1796.650 + 461.450
4393.430

7972.000 + 186.000
961.900

510.000 = 109.600

5296.025 + 164.585

2443.830 + 238.130

516.426 = 201.145

532.656 + 132.355
3186.590  456.720

2602.910 + 851.850
1288.690 = 581.040

1353.210 + 806.080

73.350 + 42.150
1962.290 + 48.290

3387.500 + 461.500

1469.050 + 182.450

4217.190
4019.520

4592.500 + 269.500

4088.500 + 702.500

1415.915 + 733.675

1794.070 + 641.170

485.356 + 186811

509.085 + 253.085

3425.000 + 275.000

6048.560 + 1435.8620
3804.525 + 72.185

1748.150 = 55.850
2987.970 + 261.210

ACE

269.000 + 59.000

1048.950 = 190.230
1224.746 + 245.1905

1292.191 £ 62.723
1422.860 + 244.730

1725.500 + 108.500

2091.605 + 913.475

4960.050 + 535.150

2144.504 + 139.730

2330.600 + 228.940

2602.635 + 971.635

2656.500 + 303.500

3110500 £ 262.140

4765.500 + 269.500

8110050 + 935.750

1048.950 + 190.230
1422.860 + 244.730
1725500 = 108.500

2091.605 + 913.475

2602635 + 971.635
4960.050 + 535.150
4765.500 + 259.500
2330.600 + 228.940
2144.504 + 139.730

2656.500 + 303.500

10929.450 + 1071.540
2442.000 + 656.000
2269.500 + 380.500

969.000

527.600 + 108.600

509.965 + 192.635

545.470 + 135.490
3177.470 + 474.670

2621.995 + 887.785
1353.650 = 622.490

1327.970 + 478.900

2032.945 + 118.605

3491.000 + 453.000

1540.050 = 162.300

4765.500 + 259.500

4184.000 + 755.000

1471.010 + 759.730

1805.390 + 620.340

497.745 = 173.830

528.041 + 240.405

3420,000 + 220.000

7528.120 + 1563.730

2965.010 + 250.950

Diversity
Shannon Simpson
3.39500 + 058500
407000 £ 0.71000
672500+ 0.17500 096814 +0.00316
666750 £ 1.25450  0.96100  0.02800
527000 0.17400 098615 = 0.00345
5.78500 + 0.78500

7.67250 £ 0.13250

7.84500 + 0.09500

7.68319 x 0.43451

7.15500 + 2.15500

7.76500 £ 0.20500

5.31000 + 0.42100
5.48500 + 1.35500
6.51850 + 0.25450

5.84550 + 0.15450

6.28000 = 0.23000

8.0350 + 1.0650

6.24500 + 0.74500

5.60500 + 0.27500
10.89500 + 0.03500

6.47000 + 0.22000

9.80000 + 0.33000
7.16000 + 0.20000
9.00625

6.81750 = 0.35750

4.07000  0.71000
6.72500  0.17500
5.78500 + 0.78500
7.84500 = 0.09500
7.68319 + 0.43451

7.47000 + 0.50000

7.15500 + 2.15500
7.76500 = 0.20500
5.31000 + 0.42100
8.03500  1.06500
5.48500 + 1.35500
6.47000 + 0.22000
6.28000 = 0.23000
5.84550 + 0.15450

6.24500 = 0.74500

5.74500  0.46500

4.95600 = 0.93300

4.03650 + 0.52850
9.00625

6.81750 = 0.35750
7.08000

4.79950 + 1.34850

9.86543 + 0.10423

8.89639 + 0.67463

5.14000 + 0.43000

5.32000 + 0.25000
6.56500 + 0.36500

6.03500 + 0.36500
7.69500 = 1.47500

7.12500 + 1.77500

2.76750 + 0.72550
7.48500 = 0.75500

7.12000 + 0.82000

7.44500 = 0.39500

8.77863
8.88151

6.47000 = 0.22000

6.35000 = 0.26000

4,61000 = 0.73000

5.17000 + 0.51000

3.72600 + 0.64200

3.48900 + 1.31900

7.63000 = 0.16000

6.06500 + 0.53500
7.87500 + 0.53500

6.53450 = 0.73150
6.38100 + 0.30700

0.97331 + 0.00690

0.97313 +0.00814

0.89171 = 0.10240

0.97500 + 0.00500

0.96165 = 0.02155
0.93350 + 0.06250
0.99235 = 0.00295

0.99150 + 0.00250

0.94488 + 0.03924

0.97360 + 0.02460

0.98225 + 0.00595
0.99874 = 0.00002

0.98900 + 0.00100

1.00000  0.00000

0.99730 = 0.00170
0.99018

0.92500 = 0.01500

0.96814 + 0.00316

0.97331 = 0.00690
0.97313 + 0.00813

0.95000 + 0.04000

0.89171 0.10240
0.97500 + 0.00500
0.96165 + 0.02155
0.94488 = 0.03924
0.93350 + 0.06250
0.98900 + 0.00100

0.99150 + 0.00250
0.97360 + 0.02460
0.98350 + 0.00890

0.99018

0.92500 + 0.01500
0.97900

0.87500 + 0.09600

0.99410 = 0.00457

0.99107 + 0.00491

0.90500 + 0.01500

0.93000 + 0.02000
0.99425 = 0.00325

0.98605 + 0.00755
0.96500 = 0.02500

0.93000 + 0.06000
0.88450 + 0.09650
0.96200 = 0.01600

0.97500 + 0.01500

0.98500 + 0.00500

0.98390
0.98791

0.98900 = 0.00100

0.98700 = 0.00400

0.95220 + 0.03370

0.98010 = 0.00720

0.93750 + 0.02150

0.80000 + 0.18100

0.93450 = 0.00850

0.98371 + 0.00952
0.97140 = 0.01420

0.94500 = 0.02800

Concentration of pollutants
(mg/1)

NH;* =85.000, TN=40.000
NO;~ =4.395 + 0.695,
NH,* =79.9451.806,
TN=87.100+2.620

NH,* =89.200

NH,* =18.000, NO;~ =6.000,
TN=24.000

NO;~ =50.000

NH,* =226.284

NH,* =20.140 + 0.420,
NO;~ =39.290+0.730
NH;* =115.000,

NO;~ =182.000

NH,* =26.250 £ 11.250,
NO;~ =10.500+4.500,
TN=43.750+18.750

NH;* =112.580

NH,* =15.170 + 0.804,
TN=21.9101.190

NH;* =20.000, NO;~ =1.200,
TN=35.000

NH,* =29.900, TN=39.000

NH," =18.680, TN=60.360

NHy* =5.315 + 2.345,
TN=13.42525.785
NH,* =1.290 + 0.020,
NO;~ =7.380+0.130,
NO;~ =0.1100.010,
TN=14,6800.250

TN=20.000

NH,* =0.170, TN=2.480

NO;~ =12.000, NHy* =8.000

NO;~ =10.410+1.660,
TN=12,6801.320
NH, =9.110, NOy
TN=19.050

NH;* =0.960

NH;* =1.500, NOy

NH,* =2.408 + 2.350,
NO;~ =1.885+0.925,
NO;~ =0.105+0.091
TP=10525 £ 0.715

TP=5.250 + 2.250
TP=3.000

PO, =17.500
TP=2.810+0.170
TP=5.000
TP=3.000

TP=3.600 + 0.900
PO =0.800 + 0.070
TP=0.210£0.010
TP=0.505 + 0.326

TP=0.260
TP=0.550 + 0.300
TP=1.200 + 0.300

TP=1.500

PO, =0.407 + 0,025

Control group (NH;* =114.600,
PO* =17.900)

Ni=2.000, 5.000, 10.000,
30.000

Control group (NH,*
NH,™ =17.140, NOs~
PO =13.170)
Ni=0.100, 1.000
Control group (NO™ =
NH,* =75.428, PO,
Zn=24.769

Control group (NO;~ =4.195,
NH,* =2.904, PO~ =1.727)
Gr=0.100mmol/

Control group (NO;™ =50.500,
NH,' =75.428, PO, =6.581)
Pb=5.000

As=20.000, Zn=15.000
Cu=2.000 £ 0.170,
Zn=4.000£0210,
©d=0.100+0.010,
C0=2.0000.230,
.500:£0.040,
Pb=0500+0.270

Cu=4.880 = 0.080,
2n=5.060£0.210,
Cd=5.170£0170,
.65040.580

Cr=0.500, 1.000, 2.000,
4.000, 8.000, 16.000
Cd=200.000pg/!
©d=200.000pg/l, chlorpyrifos
=200.000p9/

Control group

(NOs~ =10.410 + 1.660,

NH,* =1.6300.090,
TN=12.680+1.320,

PO =0.800+0.070)
Ofioxacin=0.100, 10.000,
1000.000 g/

Control group (NO;™ =10.590,
NH,* =20.630, TN=32.340,
PO, =4310)
Sulfamethoxazole
=100.000g/

Control group (NO;™ =50.000,
NH,* =76.420,

TN=12.680 + 1.320,

PO, =6.600)
Levofloxacin=0.100, 0.200,
0300, 0,500, 1.000, 10.000,
100.000pg/

Giprofloxacin =

99.400 + 8.300pg/l,
Agithromyci
1313.900:+63.600 g/,
Oxytetracycline
=972.35039.950g/1
Triclosan=60.000pg/!
ciprofloxacin
hydrochloride:
Sulfamethoxazol
Sulfadiazine = 4.000
Enrofioxacin

46.550 + 20.850ng!,
Sulfamethoxazole =1
37.60073.600ng/

141,580,
43.330,

50.500,
6.581)

0.000 g/,
0.000g/
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Alpha diversity is mainly refated o two factors. One s richness, i.e., the number of species; and the other is evenness, i.e., the relative abundance of different species. The Chaol
and ACE indices reflect richness; and the Shannon and Simpson indices are a combination of richness and evenness that reflects diversity. Higher values of these indices represent
a higher richness or diversity of microbial communities.





OPS/images/fmicb-13-845725/fmicb-13-845725-t004.jpg
Antibiotic Category Phyla Genera (Notes) Removal principle References
‘Sphingomonas, Biodegradation or use of
Brayrhizobiom, antbiotics as carbon source
Sphingorhabolus, Reyrancll, Syranidou et al., 2017; Man et al., 2020;
Ochrobactrum, Sphingobium, Sauvetre et al., 2020; Zheng et al.,
Hyphomicrobium 20210
(Belongs to
Aphaproteobacteria)
Acidovorax, Relstonia,
teoba Azonexus
fisobecisr Bedonge' Syranidou et al, 2017; Chen et al., 2020
longs to
SMX Betaproteobacteria)
Shs i;:z‘{’:sgziz:;gs to Ouyang et al., 2021
Pseudomonas, Luteimonas,
Enterobacter, Acinetobacter Wegrzyn and Feiis, 2018; Ouyang et al,
(Belongs to 2021; Zheng et al., 2021b
Gammaproteobacteria)
;’3"”"“’;:;‘:"" Syranidou et al., 2017; Wegrzyn and
Actinobacteria An“m”b‘;me( oo Fels, 2018; Sauvelre et al, 2020;
Nocardioides, Streptomyces Ouyang et a., 2021
Firmicutes Bacillus, Virgibacillus Syranidou et al., 2017; Chen et al., 2020
oz Proteobacteria g:;::;‘;’g;g:;:ﬁ; g Chen et al., 2020
Labrys, Bradyrhizobium
03, St Syranidou et al., 2017; Santos et al,
(Belongs to 2019b; Chen et al., 2020
proteobacteria Alphaproteobacteria)
o Pseudoxanthomonas
(Belongs to Santos et al, 20190
Gammaproteobacteria)
Actinobacteria, Nocardoides, Alexandino et al, 2017; Santos et al,
- Bacteroidetes Dysgonomonas 20190
Rhizobacter,
Uiginosibacterium
Proteobacteria Luetal, 2021
oFL (Belongs to
Betaproteobacteria)
gg'c”’r:w‘ia;;z’:' Arthrobacter, Bacteroides Tong et al, 2020; Lu et al., 2021
. " Alexandrino et al., 2017; Santos et al.,
ENR Bacteroidetes Alallexus, Dysgonomonas el
Labrys, Sphingobium
N ‘B:I'ys :mngo Wegrzyn and Felis, 2018; Sauvetre
longs to etal, 2020
Aphaproteobacteri)
DCF M
PR, B;ig;g:: Wegrzyn and Felis, 2018; Sauvetre
Streptomycss . etal, 2020
Fungi Trametes Wegrzyn and Felis, 2018
Luteimonas,
Ampicilin Proteobacteria Pseudoxanthomonas Santos et al., 2019b; Zheng et al.,
(Belongs to 2021b
Gammaproteobacteria)
Tetracycine Proteabacteria Novosphingobium Santos et al, 2019b; Lu et al., 2021
Pseudomonas, Alcaligenes,
Stenotrophomonas,
Tcs Proteobacteria Methylococcales (order) Liuetal., 2016
(Belongs to
Gammaproteobacteria)
CEF Bacteroidetes Dysgonomonas Alexandino et al, 2017
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Pollutant type Phyla Genera (Notes) Removal principle References

Desulfobacterium,
Desuforhabdus,
Desulfobacca,
Desulforeguia,
Desulfomonile,
Desulfofustis, Chen et al., 2016,
Proteobacteria P 2021c; Sanchez,
ui : . Urskawa ot &
M, Especialy AVD pestonacte S0/ +20H0 S 2Ho0" gg: T Urskavacta,
gf‘am'é szg;'s ??" Desulfococcus, (H.S is dissociated into HS™+H?)
o, Zn*, Cu, Crét Desulfocapsa, 2, .
and other heavy Desulfatirhabcium H MRS A
metals) (Me®" refers to heavy metal ions)
(Belongs to
Deftaproteobacteria)
) Desulfotomaculum, Urakawa et al, 2017;
Fimicutes Desulfosporosinus Habe et al,, 2020
Aquiicae Desulturobacterium Urakawa et al., 2017
Celllomonas,
Others Actinobacteria, Proteobacteria  Propioniciciava, Chen et al, 2021b.c
Geobacter
Fet Proteobacteria Tomorss, Bio-oxidation Chen etal., 2021c
Sideroxydans
O, Zrv* Proteobacteria Seratia, Pseudomonas  Biosorption/Cellular sequestration  Yu et ol 2020
Cu* Fusobacteria, Bacteroidetes, Proteobacteria Hydrogenophaga, Guoetal., 2021
Rheinheimera
) Peacromons: Resistant to heavy metals
Ca* Proteobacteria, Bacteroidetes s Zhang et al., 20216
Fe?, Se Firmicutes, Proteobacteria Bacillss, Planacocaus, - Support plant growth Vassallo et al., 2020
Pseudomonas
Zn®, Niv, G Proteobacteria Heminimonas, Syranidou et al,
Methylophilus, 2018
Cupriavidus,

Novosphingobium
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Adsorbents  Temp

PAC

PAC-mzVI

PAC-nZvI

30
40
50

4“0
50

40
50

cv MB
AG AH AS AG AH AS

-4.49 3801 14065 -245 2930 6065
-6.25 -261

-7.29 -3.10

-16.89 1221 9598 -1789 1212 99.08
-17.81 -1892

-18.81 -19.86

-22.06 8040 33405 -1499 100.76 38201
-23.02 -18.81

—-24.04 -22.78
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Sample Palm kernel shell PAC PAC-mzVI PAC-nzVI

Seer (M*g) 126.12 1,075.23 445.39 725.94
Swicro (M%) 70.22 899.82 221.33 382.28
Ro iy 1,512.72 990.45 810.25 928.22
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Adsorbents

PAC

PAC-m2VI

PAC-nzZVI

T

30
40
50
30

50
30

50

Pseudo-first-order kinetic model

Pseudo-second-order kinetic equation

cv mMB ov mMB
- % Ky ~ Q, Ky o A Kz s A K
09779 66 0012 09536 48 00244 09862 76 000014 09666 54  0.0003
09701 8 0015 00740 53 00244 096338 91 8.1e6 09770 54  0.0003
09703 8 0013 09110 66 0025 09869 95 757e5 09734 60 0.0002
09446 58 0104 08973 25 0.151 09963 69 00018 09919 31 0.0043
09299 66 0160 09108 83 0142 09936 76 00025 09939 41 0.0036
08687 75 0113 0895 35 0142 09906 100 00014 09934 58  0.0035
08324 63 00035 09546 27 00005 09963 72 00039 09924 82 00022
08531 79 00058 09668 38 00005 09926 84 00095 09652 42  0.0015
08176 92 00051 09689 63 00010 09982 102 00183 09948 69 00044
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Adsorbents

PAC

PAC-m2VvI

PAC-nZVI

30
40
50
30
40
50
30
40
50

Pseudo-first-order kinetic model

Pseudo-second-order kinetic equation

cv MB cv MB
# Kobs ~ Kobs. 2 K I K
0.9569 0.003 0.9512 0.0001 0.9121 0.0093 09452 0.0002
0.9715 0.0055 0.9621 0.0002 0.9352 0.0135 0.9522 0.0003
0.9828 0.0063 0.9788 0.0008 0.9352 0.0135 09624 0.0006
0.9919 0.0716 0.9967 0.0164 0.9638 0.00041 0.9968 0.00005
0.9914 0.0756 0.9961 0.0348 0.8834 0.00042 09760 0.00012
0.9918 0.0827 0.9932 0.0627 0.8835 0.0005 0.9485 0.00022
0.9853 0.0029 0.9575 6e-5 0.9639 0.0060 08721 0.0004
0.9520 0.0040 0.9608 8e-5 0.7635 0.0060 0.8093 0.0005
0.8454 0.0042 0.9243 0.0002 0.6879 0.0060 0.8540 0.0006
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Adsorbents

PAC

PAC-m2VvI

PAC-nZVI

T

30
40
50
30

50
30
40
50

Langmuir Freundlich
cv MB ov MB
7 I b 5 Am b I3 Ke n 7 K /n
09684 98 0015 09968 60 00083  0.9862 7.6 0414 09633 16 0587
09872 120 0027 09879 68 00085 09633 101 0451 09678 17 0612
09879 132 0.037 09823 74 00099 09869 132 0439 09908 24 0576
09992 110 0002 09935 38 00038 09632 22 0545 09959 10 0554
09991 150 00023 09906 67 00045 09402 28 0584 09797 22 0463
09961 204 00027 0998 84 00051 09715 17 0672 09571 29 0450
09772 9% 0017 07728 68 00012 09456 28 0710 09946 07 0767
09325 163 0012 08732 79 00043 08840 213 0221 09255 18 0683
09947 344 0.086 06039 99 00005 08568 551 0382 09956 05 0938
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Catalysts Steps Target Reaction Result LOD References
temperature and time readout
XOD + HRP 2 Hx 37°C, 8 min A508 0.05 mM Liet al., 2008
XOD + Selenium dopedgraphitic 2 Hx (1) 25°C, 60 min AB52 0.016 pM Qiao et al.,
carbon nitride nanosheets (2) 25°C, immediately 2015
XOD + Amino-functionalized metal 2 Hx (1) 25°C, 40 min Fluorescence 3.93 uM Huetal,
organic framework (2) 25°C, 10 min intensity 2018
XOD + Platinum nanoparticles 2 Hx (1) 37°C, 30 min Fluorescence 2.88 uM Chenetal,
(2) 37°C, 30 min intensity 2020
XOD + BSA-stabilized Au clusters 2 Xanthine (1) 37°C, 15 min AB52 0.5 uM Wang et al.,
(2) 40°C, 10 min 2011
XOD + MoSe; nanosheets 2 Xanthine (1) 25°C, 20 min AB52 1.96 pM Wu et al.,
(2) 25°C, immediately 2018
XOD-ASS 1 Hx 25°C, 10 min AB52 6.93 pM This work
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(M) (M) (M) (%)
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@h)
15 33.65 97.44 5.13
20 39.29 101.28 2.94
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61
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20 46.99 98.08 3833
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Enzyme

EC1.7.99.4
EC1.7.21
EC1.7.2.5
EC1.7.2.4
EC1.7.71
EC1.7:2:2
EC1.18.6.1
EC3.56.5.1
EC1.7.99.1
EC1.13.12.16

10 cm

58.47
4.06
5.50

17.83

13.00
7.88

86.08

41.60
1.31

25.52

50 cm

66.99
5.18
5.97
16.88
10.56
7.49
105.08
48.91
1.37
23.59

100 cm

66.51
5.92
4.94

16.74

13.50
8.94

96.97

40.71
1.32

24.32

Function description

Nitrate reductase 2, delta subunit
Nitrite reductase (NO-forming)
Nitric oxide reductase, cytochrome b-containing subunit |

Nitrous-oxide reductase

Ferredoxin-nitrite reductase

Formate-dependent nitrite reductase, periplasmic cytochrome ¢552 subunit
Chlorophyllide reductase iron protein subunit X
Nitrilase

Hydroxylamine reductase

Nitronate monooxygenase
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Filter depth (cm) T (h)

0 1 2 4 8 12 16 20
10 0.000 0.005 0.022 0.032 0.065 0.084 0.123 0.152
30 0.005 0.011 0.035 0.046 0.087 0.113 0.248 0.296
50 0.008 0.015 0.044 0.057 0.095 0.124 0.269 0.314
70 0.011 0.025 0.051 0.068 0.106 0.135 0.287 0.383
90 0.022 0.036 0.066 0.079 0.125 0.147 0.317 0.394
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Carbon C/N ratio Influent

Denitrification = References

source NO3;~-N rate [kg NO3~-N
(mgL~") (m® d)~"]
Sugar 6.25 40 3.21 Karanasios
etal., 2016
Ethanol 1.5 9.8 0.001 Shi et al., 2016
No mention 10 1.5-2.0 0.082 Wang et al.,
2016
Sodium acetate 3 14.5-19 0.343 Wu and Li,
2017
Brewery 5.2 30 1.1 Dong et al.,
wastewater 2012
Bakery 5.2 30 1.24 Dong et al,,
wastewater 2012
Methanol 52 30 1.44 Dong et al.,
2012
Methanol 3.0-3.5 12-13 0.750 This study
Sodium acetate 3.0-3.5 12-13 0.598 This study
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Stages

Periods (day)

1-10
10-20
20-29
29-37
37-46
49-55
55-65
65-75
75-85
85-95

Operation parameters

Carbon source type

Methanol (CHzOH)
Sodium acetate (NaAC)
CH3OH
CH3OH
CH3OH
CH3OH
CH3OH
CH3OH
CH3OH
CH3OH

TN (mgL™")

13.16-14.78
13.05-14.61
12.42-15.04
12.84-14.99
12.97-15.06
13.16-14.78
13.39-15.39
11.66-14.81
11.72-14.52
12.65-15.62

COD (mg L")

39.87-45.93
39.56-42.95
99.0-110.98
74.25-85.10
60.62-67.76
39.87-46.32
24.62-30.52
38.54-44.52
39.41-45.29
40.12-46.55

C/N

3.0-3.5
3.0-83.5
7.0-8.0
5.0-6.0
4.0-5.0
3.0-4.0
1.5-3.0
3.0-4.0
3.0-4.0
3.0-4.0

HRT (h)

0.25
0.25
0.5
0.5
0.5
0.5
0.5
0.5
0.25
0.1
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Parameter

Secondary effluent

Influent of DN-DBF

Range Average Range Average

COD/mg L™") 15-40 28.6 40-100 -

NH4+-N/(mg L=") 0-2 1.41 0-1.5 0.76
NOs~-N/(mg L~ 7-11 8.51 7-11 8.62
TN/(mg L™7) 9-14 13.42 8-14 13.14
TP/(mg L) 0.30-0.50 0.43 0.10-0.30 0.18
pH 6.50-7.20 6.80 6.10-6.90 6.70
T/RC 22-30 o7 22-30 oT





OPS/images/fmicb-12-811697/fmicb-12-811697-g006.jpg
Nitric oxide

Nitrate

Hydroxylamine





OPS/images/fmicb-12-811697/fmicb-12-811697-g005.jpg
I others

[ INitrospirae
I Parcubacteria
[ Bacteroidetes
I Firmicutes

[ Acidobacteria

I Chloroflexi

50 100
Filter depth (cm)

I Saccharibacteria
- Actinobacteria

[ ] Proteobacteria

Relative abundance (%)

Filter depth (cm)

[ others

I L actobacillaceae

I norank ¢ Nitrospira

[ ] Chitinophagaceae

I norank ¢ Acidobacteria
I norank ¢ TK10

I norank p__ Parcubacteria
I Nitrosomonadaceae

B Anacrolineaceae

I Hyphomicrobiaceae

[ ]norank o Acidimicrobiales
I Caldilineaceae

[ Xanthomonadales_Incertae_Sedis
I norank p_ Saccharibacteria
B norank o JG30-KF-CM45
[ ]Blastocatellaceae  Subgroup 4





OPS/images/fmicb-13-846228/fmicb-13-846228-g003.jpg
0.9
0.8
0.7
0.6

E 65
0.4
0.3
0.2
0.1

—#— 600BC biotic
—8— 500BC biotic
—A— 300BC biotic

—v— only MR-1
\I
\

0 24 48 [¥-

Time (h)

96





OPS/images/fmicb-13-846228/fmicb-13-846228-g002.jpg
Protein concentration (mg/L) *

[ O S —

——

—
o o)

S N B D

S NN B N ©

—— 300BC biotic
—&— 500BC biotic
—&— 600BC biotic
—w¥— only MR-1

v o)

Concentration (mg/L)

S OO = = NN W W
WA © Wh © W © Wi © Wwhn

—&— 300BC biotic
—&— 500BC biotic
—A— 600BC biotic
—v¥—only MR-1

1

0 20 40 60 80 100
Time (h)






OPS/images/fmicb-13-846228/fmicb-13-846228-g001.jpg
S
b
-

o
O

=

- >
Roxarsone concentration (mmol/L)
-

B
5.0
—=— 300BC biotic 45( "™ 300BCbiotic
—e— 500BC biotic 40} ® S00BCbiotic
—a— 600BC biotic 35 4 ©600BC biotic
—v— only MR-1 530} v only MR-
S 25}
E20f
- 1.5}
1.0}
0.5F"
1 " 1 " 1 M 1 M 1 " 1 " 1 N 1 M 1 " 0.0’ M 1 M 1 M 1 M 1 M 1 M 1 M | N 1 N
0 12 24 36 48 60 72 84 96 108 0 12 24 36 48 60 72 84 96 108

Time (h) Time (h)





OPS/images/fmicb-13-846228/cross.jpg
3,

i





OPS/images/fmicb-13-838836/fmicb-13-838836-t004.jpg
T (°C) Langmuir isotherm Freundlich isotherm

constants constants
Om K. R? 1/n KF R?
(mgg™") (Lmg™") (mgg™") (Lmg~")"
400 0946  0.029 0.805  0.303 0.155 0.988
450 0907  0.031 0.910  0.304 0.149 0.984
500 0900  0.027 0.934 0319 0.132 0.980
550 0737  0.026 0.880  0.320 0.107 0.975
600  0.891  0.012 0.946  0.394 0.072 0.956

700 0.854 0.015 0.945 0.376 0.080 0.941
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(°C)

400
450
500
550
600
700

Pseudo-first-order

Pseudo-second-order

Je K1 Oeq
(mgg~1) (min~1) (mgg)
0.492 0.031 0.462
0.438 0.024 0.409
0.378 0.028 0.356
0.388 0.023 0.369
0.416 0.022 0.395
0.402 0.025 0.386

R2

0.925
0.871
0.908
0.923
0.926
0.914

Kz

[g (mg min)~1]

0.077
0.070
0.092
0.069
0.061
0.075

Ceq

(mgg~")

0.525
0.468
0.405
0.428
0.460
0.442

R2

0.980
0.940
0.968
0.967
0.970
0.964

Intraparticle diffusion

ko
[9 (mg min®5)-1]

0.025
0.023
0.019
0.021
0.023
0.021

R2

0.900
0.949
0.923
0.939
0.946
0.926
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Levels Calcined Heating rate Holding Empty Result
temperature (°C min~—') time (h) column (mgg~')

Q)

1 400 5 1 1 0.454
2 400 10 2 2 0.451
3 400 15 3 3 0.444
4 400 20 4 4 0.435
5 500 5 2 3 0.412
7 500 10 1 4 0.397
7 500 15 4 1 0.401
8 500 20 3 2 0.396
9 600 5 3 4 0.421
10 600 10 4 3 0.415
11 600 15 1 2 0.409
12 600 20 2 1 0.492
13 700 5 4 2 0.415
14 700 10 3 1 0.418
15 700 15 2 4 0.394
16 700 20 1 3 0.426
Average value 1 0.446 0.426 0.421 0.441 0.424
Average value 2 0.402 0.420 0.437 0.418

Average value 3 0.434 0.421 0.420 0.424

Average value 4 0.413 0.437 0.417 0.412

Range analysis 0.044 0.017 0.020 0.029

Primary relation ACB

Optimal scheme A1B4C2 (calcined temperature: 400°C, heating rate:
20°C min~", holding time: 2 h)
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Levels Calcined Heating rate Holding Empty

temperature (°C) (°C min—1) time (h) column
1 400 5 1 1
2 400 10 2 2
3 400 15 3 3
4 400 20 4 4
5 500 5 2 3
7 500 10 1 4
7 500 15 4 1
8 600 20 3 2
9 600 5 3 4
10 600 10 4 3
11 600 15 1 2
12 600 20 2 1
13 700 5 4 2
14 700 10 3 1
15 700 18 2 4
16 700 20 1 3
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Denitrification reaction :
8NO. + 5CH,COOH — 10CO, + 4N, +80H +6H,0
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Immobilization of Ochrobactrum sp. with BCCP

raw materials composite particle
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Reverse transcription master mix
Stock solution

10 mM dNTPs

5X SuperScript IV Reverse Transcriptase buffer
100 mM DTT

RNaseOUT inhibitor (40 U/ulL)

SuperScript IV Reverse Transcriptase (200 U/L)
Stabilizer Reagent

qPCR master mix

SpeedStar HS DNA polymerase (5 U/pl)

Fast Buffer | (10X)

N1 forward primer/reverse primer/probe (10 pM)
N2 forward primer/reverse primer/probe (10 pM)
RP forward primer/reverse primer/probe (10 M)
Nuclease Free H,O

gRT-PCR

Supplier

Thermo Fisher Scientific (R0191)
Thermo Fisher Scientific (18090010,
Thermo Fisher Scientific (18090010,
Thermo Fisher Scientific (10777019,
Thermo Fisher Scientific (18090010,

Sigma (PNS1010)

)
)
)
)

TaKaRa (RR070B)
TaKaRa (RR0O70B)
IDT
IDT
IDT

Volume/p.L for 10 reactions

4 a4 a4 a o

0.8
10
4/4/2

Final concentration

0.012mM
0.03X
0.11 mM
4U
20U
0.1 pL

04U
0.1X
40 nM/40 nM/20 nM

Mix reverse transcription master mix with gPCR master mix,
and then add up to 100 pL for gRT-PCR Master Mix

Aliquot 8 pL of gRT-PCR Master Mix, and then add 2 pL of

RNA template per reaction
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Ultrafast one-step qRT-PCR  FDA approved test “Xpert®

test Xpress SARS-CoV-2”

Positive Ctof N1 Ct of N2 Ct of N1 Ct of N2
samples

1 12.3 12.8 13.5 16.2
2 12.7 13.4 15.4 16.1
3 14.6 155 19.8 21.3
4 8 1.7 1.7 121
5 10.6 111 141 14.5
6 5.3 7.9 9.9 10
7 12.2 12.2 14.4 14.7
8 15.4 16.4 14 14.5
8 13.5 26 12 12
10 16.2 15 16.1 171
11 20.1 20.3 19.7 20.6
12 171 17 17 17.8
13 171 16.7 19 19
14 14.7 14.8 13 14
156 e 125 156 16.4
16 10.9 10.7 11.4 12.4
17 15.9 16.4 18 14
18 22.3 221 21 22
19 224 24.7 23 24
20 18.9 18.8 17 18
21 19.1 19.4 18 19
22 12.2 12 14 15
23 14.2 13.6 13 13
24 13.5 13.6 13 13
25 19 18.9 19 19
26 13 12:2 15.6 18.4
27 15.9 15.8 13 14
28 16.8 17 17 18
29 12.2 124 18 13

30 13.1 13 17 19
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Ultrafast one-step qRT-PCR test

Negative samples Ct of N1 Ct of N2 Ct of RP
1 NA NA 27
2 NA NA 24
3 NA NA 27
4 NA NA 23
5 NA NA 26
6 NA NA 25
7 NA NA 26
8 NA NA 26
9 NA NA 28
10 NA NA 28
11 NA NA 25
12 NA NA 18
13 NA NA 23
14 NA NA 29
18 NA NA 27
16 NA NA 28
17 NA NA 23
18 NA NA 29
19 NA NA a7
20 NA NA 29
21 NA 39 38
22 NA 37 29
23 NA NA 28
24 NA NA 33
25 NA NA 28
26 NA NA 27
27 NA NA 29
28 NA 38 26
29 NA NA 26

30 NA NA 28
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Comparator Assay (FDA approved
assay “Xpert® Xpress

SARS-CoV-2”)
Positive Negative
Ultrafast One Positive 30 0
Step gRT-PCR Negative 0 30
Total 30 30

Percent Positive Agreement
(PPA)

Percent Negative Agreement
(PNA)

Percent Overall Agreement
(POA)

30/30 = 100% (95% ClI: 88.7-100.0%)
30/30 = 100% (95% ClI: 88.7-100.0%)

60/60 = 100% (95% CI: 94.0-100.0%)
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Name

2019-nCoV_N1-Forward primer
2019-nCoV_N1-Revere primer
2019-nCoV_N1-Probe

2019-nCoV_N2- Forward
primer

2019-nCoV_N2- Revere primer
2019-nCoV_N2-Probe

RP- Forward primer
RP- Revere primer
RP- Probe

Oligonucleotide sequence (5'-3')

GAC CCC AAA ATC AGC GAA AT
TCT GGT TAC TGC CAG TTG AAT CTG

FAM-ACC CCG CAT TAC GTT TGG TGG
ACC-BHQ1

TTA CAAACATTG GCC GCA AA

GCG CGA CAT TCC GAA GAA

FAM-ACA ATT TGC CCC CAG CGC TTC
AG-BHQ1

AGATTT GGA CCT GCG AGC G
GAG CGG CTG TCT CCA CAA GT

FAM—TTC TGA CCT GAA GGC TCT GCG
CG—BHQ-1
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Function

PAO

PSB

DNPAO

Solubilize vast tricalcium
phosphate through
secreting organic acids
Associated with the P
slement cycle

Phyla

Proteobacteria

Chioroflexi, Gemmatimonadetes

Actinobacteria, Proteobacteria

Proteobacteria

Chioroflexi

Proteobacteria

Proteobacteria
Chlorobi, Firmicutes, Spirochaetes

Genera (Notes)

Rhodobacteraceae (family),
Rhizobiaceae (family)

(Belongs to Aphaproteobacteria)
Candidatus Accumulibacter,
Dechloromonas, Rhodocyclus

(Belongs to Betaproteobacteria)
Pseudomonas, Klebsiella,
Acinetobacter

(Belongs to Gammaproteobacteria)
Rhodocyclaceae (family),
Gemmatimonadacea (family),
Gemmatimonas

Corynebacterium, Enterobacter

Paracoccus (Belongs to
Alphaproteobacteria),
Pseudomonadaceae (family),
Pseudomonas, Dechloromonas
Anaerolineae (class)

Deftia (Belongs to
Betaproteobacteria)

Brevundimonas, Pseudorhodoferax,
Variovorax, Panacagrimonas
Chlorobaculum, Bacillss, Leptospira

Morphology of the removed
phosphorus

Phosphate

Gonvert insoluble phosphorus
into soluble phosphorus

Polyphosphate

Phosphate

Organic phosphoric acid esters/
Insoluble phosphate

References.

Lvetal, 2021

Lietal, 2017; Huang et al,
2019a, 2020a; Zheng et al
2021a

Du et al., 2017; Tian et al.
2017; Huang et al., 2020a;
Zheng et al., 2021a

Wei et al., 2020; Wang et al.,
2021b

Wang et al., 2021b

Huang et al., 2019a; Lv et al.,
2021; Wang et al., 2021b

Lvetal, 2021

Lietal.,, 20200

Wu etal., 2020
Wu etal., 2020
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Function

Ammonification

Nitrfication

Denitrification

Ammonia oxidizing
archaea (AOA)

Ammoria oxidizing
bacteria (AOB)

Nitrte oxidizing
bacteria (NOB)

Traditional
denitrification or
dissimilatory nitrate to
ammonium (DNRA)

Sulfur autotrophic
dentiication (SAD)

Denitifying anaerobic
methane oxidation
(DAMO)

Heterotrophic nitrfication and aerobic
denitrification (HN-AD)

Anaerobic ammonia oxidation

(anammox)

Phyla

Bacteroidetes,
Actinobacteria,
Fimicutes,

Proteobacteria

Thaumarchaeota

Proteobacteria

Proteobacteria

Nitrospirae
Nitrospinae
Chioroflexi

Proteobacteria

Actinobacteria

Bacteroidetes

Firmicutes

Calditrichaeota

Proteobacteria

Bacteroidetes

candidate division
NC10

Proteobacteria

Bacteroidetes
Firmicutes

Planctomycetes

Genera (Notes)

Chitinophaga, Isoptericola, Bacills,
Sinorhizobium

Nitrososphaera, Nitrosopumilus, Cancidatus
Nitrosotalea, Candidatus_Nitrosoarchaeum,

Candidatus_Nitrosopumilus

Nitrosomonas, Nitrosospira

(Belongs to Betaproteobacteria)

Rudaea, (Belongs to Gammaproteobacteria)
Nitrobacter (Belongs to Alphaproteobacteria)

Nitrosococcus (Belongs to
Gammaproteobacteria)

Nitrospira

Nitrospina

Nitrolancea

Bradyrhizobium, Hyphomicrobium,
Rhizobium, Ahodobacter, Rhodoplanes,
Paracoccus, Methylobacterium,
Gemmobacter, Brevundimonas,
Roseobacter, Azospirilum

(Belongs to Alphaproteobacteria)
Thauera, Comamonas, Sulturtalea,
Denitratisoma, Azoarcus, Relstona,
Ferribacterium

(Belongs to Betaproteobacteria)
Enterobacter, Thermomonas, Arenimonas,
Rhodanobacter, Silanimonas, Dokdonelia,
Helomonas, Zobellella, Thiothrix, Vibrio
(Belongs to Gammaproteobacteria)
Desulfovibrio, Geobacter, Sulfuricurvum
Propionicel, Micropruina

Maritimimonas, Chryseolinea, Prolixibacter,
Paludibacter, Terrimonas

Clostridium
Calorithrix
Thiobacillus, Thiomonas

(Belongs to Betaproteobacteria)
Thiohalophilus, Thioalbus

(Belongs to Gammaproteobacteria)
Sulturimonas, Sulturovum

(Belongs to Epsilonproteobacteria)
Flavobacteriaceae

Candidatus Methylomirabilis

Zoogloea, Dechloromonas, Acidovorax,
Hydrogenophaga, Feritrophicum,
Propionivibrio

(Belongs to Betaproteobacteria)
Pseudomonas, Acinetobacter, Aeromonas,
Klebsiela

(Belongs to Gammaproteobacteria)
Flavobacterium, Pedobacter

Bacilus

Candidatus_Scalindua, Candidatus
Kuenenia, Candidatus Brocadia

Nitrogen transformation
process

Org-N—NH,*

NH,* =NO;~

NO,”—NO;~

NO,/NO; =N, 1
(Traditional denitrifcation)
NO,/NO; = NH,*
(DNRA)

S+NOg™+NH,* =N, 1480,

CH,+NO; =N, 1+CO; 1

NH,/NOs/NO, =N,

NH,* + NO; =N, 1

References

Xie et al., 2016

Wang et al, 2019b;
Zhao et al., 2021

Zhao et al, 2016;
Huang et al,, 2019a

Zhao et al., 2021
Wang et al., 2020d

Gao et al., 2017; Zhao
etal., 2018, 2019,
2020d, 2021; Aguilar
etal, 2019; Livetal.
20200; Wang et al.,
2020d; Jia et al., 2021
Tan et al., 2021b;
Zhang et al, 2021d

Zhao et ., 2019
Sietal., 2018; Ajibade
etal, 2021; Kowal
etal, 2021; Zhao et al.,
2021

Zhao et al., 2019
Zhao et al., 2021

Wang et al., 2020a;
Zhao et al., 2021

Wang et al., 2020a

Zhang et al., 2020

Liu et al., 2020b; Tan
etal, 2021a; Wang
etal, 2022

Zhao et al., 2016

Zhao et al., 2021
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Mass
concentration
mg L~!

Converted to COD
concentration
kgCOD m—2

Total COD

Soluble COD

Soluble monosaccharide (Ssy)
VFAs (accounted as Sgc)

Anionic surfactants (accounted as
stearic acid, Xj)

Inert soluble (S))

ssCOD (accounted as
carbohydrate, Xen)

354.28 + 54.56
184.88 £+ 40.19
19.24 £6.32

934.98 + 63.29
862.84 + 72.99
42514 + 65.47
197.82 £ 42.89

51.77 £ 14.71

197.87 £19.47
7214 £19.71
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kmfpro stpro kmfac stac km7h2 sth2 Relative
sum of
squares

Recommend 13.0 0.3 80 015 350 25x10°% -
values

Estimated 12.02 035 426 026 1662 3.21 x 107° 5.06 x 1074
values
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Sample

Total specific surface

Micropore surface

Outer surface area

Micropore volume

BET average pore

area (m2/g) area (m2/g) (m2/g) (cm3/g) diameter (nm)
BC300 2.08 1.32 0.76 0.0004 7.22
BC500 41.27 32.99 8.28 0.0132 3.17
BC600 162.04 128.53 33.51 0.0511 213
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Time/h 300BC biotic 500BC biotic 600BC biotic only MR-1

4h 70.04% d 73.53% ¢ 75.29% b 51.61% a
68 h 90.76% b 94.37% ¢ 97.32% d 87.53% a

Different small letters in the same time refer to the difference at significance level
p < 0.05.
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Domestic wastewater
Campus wastewater
Synthetic wastewater
Sewage

Landfil leachate
Mature landfil leachate
Municipal wastewater
Piggery wastewater

Vitamin B, production wastewater
Domestic sewage

process.

anaerobic/anoxic/aerobic (A%/0)

Synchronous nitration denitrification (SND)

Anammox
Partial denitrification-anammox (PDN/A)
Partial nitrfication-denitification (PND)

Simultaneous partial itrfication, anammox

and denitification (SNAD)

Partial nitrfication-simultaneous anammox

and denitrfication (PN-SAD)
Heterotrophic nitrfication-anammox

Anammox
Anaerobic/Aerobic/Anoxic/Aerobic
process (AOAO)

Nitrogen removal microorganisms in the
microbiota

Dechloromonas; Nitrospira; Arcobacter;
Dokdonella

Nitrospira; Thermomicrobia; Denitratisoma;
Rhodocyclaceae

Candidatus Scalindua; Actinomarinales

Thauera; Candidatus Brocadia

Nitrosomonas; Nitrospira; Ottowia; Pseudomonas;
Thermomonas; Thiobacills; Paracoccus; Thauera;
Arenimonas

Nitrosomonas; Chioroflexi; Ignavibacteria;
Candidatus Brocadia; Candidatus Jettenia
Limnobacter; lgnavibacter; Thauera; Denitration;
Candidatus Brocadia

Canddatus Kuenenia; Planctomyces; Pirelluia;
Hyphomicrobium; Rhodobacter; Ignavibacterium
Candidatus Kuenenia; Nanaocystis
Dechloromonas; Candidatus Competibacter;
Nitrospira; Nitrosomonas
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Description of interactor

Ribonuclease R

SsrA-binding protein

Preprotein translocase subunit SecG
Putative 2-succinyl-6-hydroxy-2,4-
cyclohexadiene-1-carboxylate

synthase

Octanoyl-[GevH]: protein
N-octanoyltransferase

Carboxylic ester hydrolase
Esterase/lipase

Enoyl-[acyl-carrier-protein] reductase
(NADH)

TPR repeat-containing protein YrrB
8-Amino-7-ketopelargonate synthase
8-Amino-7-ketopelargonate synthase
UPF0354 Uncharacterized protein
conserved in bacteria

Adapter protein MecA

COG1012 NAD-dependent aldehyde
dehydrogenases; belongs to the aldehyde
dehydrogenase family

COG1012 NAD-dependent aldehyde
dehydrogenases; belongs to the aldehyde
dehydrogenase family

L-Glutamate y-semialdehyde
dehydrogenase; COG1012
NAD-dependent aldehyde
dehydrogenases; belongs to the aldehyde
dehydrogenase family; RocA subfamily
COG1012 NAD-dependent aldehyde
dehydrogenases; belongs to the aldehyde
dehydrogenase family

COG1012 NAD-dependent aldehyde
dehydrogenases

COG1012 NAD-dependent aldehyde
dehydrogenases; in the C-terminal section;
belongs to the iron-containing alcohol
dehydrogenase family

COG1012 NAD-dependent aldehyde
dehydrogenases; belongs to the aldehyde
dehydrogenase family

COG1028 dehydrogenases with different
specificities (related to short-chain alcohol
dehydrogenases)
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