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Marine sediments hold vast stores of organic carbon (OC). Techniques to spatially map sedimentary OC must develop to form the basis of seabed management tools that consider carbon-rich sediments. While the natural burial of carbon (C) provides a climate regulation service, the disturbance of buried C could present a significant positive feedback mechanism to atmospheric greenhouse gas concentrations. We present a regional Scottish case study that explores the suitability of integrating archived seafloor acoustic data (i.e., multibeam echosounder bathymetry and backscatter) with physical samples toward improved spatial mapping of surface OC in a dynamic coastal environment. Acoustic backscatter is a proxy for seabed sediments and can be collected over extensive areas at high resolutions. Sediment type is also an important predictor of OC. We test the potential of backscatter as a proxy for OC which may prove useful in the absence of exhaustive sediment data. Overall, although statistically significant, correlations between the variables OC, sediment type, and backscatter are relatively weak, likely reflecting a combination of limited and asynchronous data, sediment mobility over time, and complex environmental processing of OC in shelf sediments. We estimate linear mixed models to predict OC using backscatter and Folk sediment type as covariates. Our results show that incorporating backscatter in the model improves the precision of OC predictions by 14%. Backscatter discriminates between coarse and fine sediments, and therefore low and high OC regimes; however, was not able to discriminate amongst finer sediments. Although sediment type is a stronger predictor of OC, these data are available at a much lower spatial resolution and do not account for fine-scale variability. The resulting maps display varying spatial distributions of OC reflecting the different scales of the predictor variables, demonstrating a need for further methodological development. Backscatter shows considerable promise as a high-resolution predictor variable to improve the precision of surface OC maps, or to reduce the number of OC measurements required to achieve a specified precision. Applications of such maps have potential in improved C-stock estimates and the design of conservation and management strategies that consider marine sediments as valuable C stores.
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INTRODUCTION

The marine environment has a significant role within the global carbon (C) cycle with 93% of the earth’s C stored and cycled here, providing an essential energy source for marine biodiversity (Nellemann et al., 2009). Carbon captured by coastal and marine ecosystems is known as blue carbon (BC). The marine environment can store disproportionate amounts of organic carbon (OC) within marine organisms and associated sediments compared to terrestrial C stores, such as forest and peat (Duarte et al., 2005; Donato et al., 2011; McLeod et al., 2011; Goldstein et al., 2020). Marine sediments are currently overlooked within current BC definitions and accounting frameworks because they do not directly sequester C via photosynthesis (Lovelock and Duarte, 2019). However, they are a regional and global repository for OC and act to bury, and thus remove, OC from the active C cycle over geological timescales (Smith et al., 2015; Sayedi et al., 2020). This natural process provides an indirect and valuable climate regulation service (Luisetti et al., 2019). Activities that physically disturb seabed sediments cause the resuspension and exposure of buried OC to oxygen, which can be remineralised back to aqueous CO2 (Aller, 1994; Macreadie et al., 2019). The management of these activities, such as benthic trawling (Paradis et al., 2017), could be key to maintaining sediments as part of the suite of nature-based solutions for mitigating against climate change (Sala et al., 2021). Assessments of the spatial distribution of sedimentary OC are key to understanding the processes that influence how C is processed and where it is more likely to be accumulating, i.e., carbon hotspots (Diesing et al., 2021).

Spatial maps of sedimentary OC have been developed that improve global and national-scale C-stock estimates within the marine environment (Diesing et al., 2017; Atwood et al., 2020; Smeaton et al., 2020). Maps can be produced by estimating an average OC content per sediment type, often Folk-classified, and scaling up to the areal extent of the sediment coverage (e.g., Smeaton et al., 2020), or through a modelled approach using existing data and a suite of predictor variables to estimate C content in places not directly measured (e.g., Diesing et al., 2017). These studies have progressed our understanding of the large-scale spatial distribution of sedimentary OC, however, uncertainties in stock estimates over large areas can also be high (Burrows et al., 2014; Diesing et al., 2017). Data for sedimentary OC are generally limited at the spatial scales required for effective seabed management strategies (Burrows et al., 2017; Pınarbaşı et al., 2017) and consequently maps at higher spatial resolutions (e.g., regional-scale) are needed (Pace et al., 2021). Following a successful demonstration study using multibeam echosounder (MBES) data that produced a high-resolution map of OC (Hunt et al., 2020), we suggest that acoustic backscatter could be an effective predictor variable to improve OC maps, as has been demonstrated within habitat modelling studies (De Falco et al., 2010; Lucieer et al., 2013).

Physically sampling (i.e., “ground-truthing”) the seabed is a logistically-challenging, time-consuming, and expensive exercise. In contrast, acoustic mapping via MBES offers the opportunity to acquire spatially continuous, high-resolution imagery of seabed depth and morphology (i.e., MBES bathymetry) and a measure of seabed texture, composition, and hardness (i.e., MBES backscatter) (Lurton and Lamarche, 2015) at a lower expense. MBES data are regularly used to characterise the seabed because acoustic backscatter intensity acts as a proxy for substrate composition (Collier and Brown, 2005; McGonigle and Collier, 2014) by responding to complexities in substrate texture and hardness. Point sample measurements can be maximised by interpolating information, such as habitat type, over extensive areas, giving continuous maps which are useful for seabed conservation and management (Lecours, 2017). Application of this technology has been demonstrated in a range of studies to map different structures and habitats, including: geological features, such as evidence of glacial bedforms (Dove et al., 2015), horse-mussel (Modiolus modiolus) reef extents (Lindenbaum et al., 2008), and in one study, backscatter strength was found to be sufficiently distinct to identify at least six different seafloor habitats across the study sites, including a mixture of geological and biological substrates (Parnum and Gavrilov, 2012). However, despite the advantages of this technology, the complex nature of acoustic scattering within the marine environment means fundamental challenges still remain, for instance with delineating between gradual changes in substrate textures, and thus ground-truthing is still a necessary activity to interpret the signal (Misiuk et al., 2018; Diesing et al., 2020).

The basis for using backscatter as a predictor of OC comes from extrapolating empirical relationships between sediment grain size and OC (Hedges and Keil, 1995; Burdige, 2007) and between sedimentary properties and backscatter reflectance (Collier and Brown, 2005; Che Hasan et al., 2014). In this study, we explore the potential of ground-truthing an archive MBES dataset to predict the spatial distribution of OC within surface sediments. Interpolating OC measurements over an exhaustive surface could support improved C stock estimates and identify localised hotspots that may be lost within larger scale (e.g., national) mapping (Lecours et al., 2015). Under its statutory obligations to maritime safety, the United Kingdom Hydrographic Office (UKHO) collects hydrographic, oceanographic, and geophysical data in waters of national responsibility to maintain high-resolution bathymetric charts. Systematic surveys are undertaken by the Civil Hydrography Programme (CHP) that uses acoustic systems to map the seabed. This data archive of MBES with ground truth samples presents a potentially cost-effective opportunity to extend the methodology of Hunt et al. (2020), to predict the surface distribution of OC more widely. Other studies have already shown the viability of using these archived MBES data to improve the mapping of seabed substrate (e.g., Diesing et al., 2014).

With a growing body of work supporting the role that coastal and shelf seabed sediments play in the long-term storage of C (Smith et al., 2015; Legge et al., 2020), considerations of how to incorporate marine C stocks in national C accounts are being developed (Luisetti et al., 2020). For a maritime nation such as Scotland, which has a considerably larger seabed area than landmass, marine carbon stocks form a significant proportion of the national carbon inventory (Avelar et al., 2017) and as such, spatial information is integral to informed management to protect sediments as nature-based solutions for climate change mitigation and biodiversity benefits (Shafiee, 2021). Diverse mitigation strategies against GHG emissions are needed to achieve targets set under the Paris Agreement to contain global temperature rise below two degrees relative to pre-industrial temperatures (United Nations/Framework Convention on Climate Change, 2015).

This study presents a potential methodological approach to mapping marine carbon stores that go beyond the current inventory. We explore the potential of archived MBES and sedimentary datasets as a cost-effective opportunity to improve regional-scale OC maps as tools to support decision-makers. We take an archive MBES survey dataset collected within the Moray Firth on the east coast of Scotland with the following aims: (1) to ground-truth the MBES dataset and explore the patterns of OC distribution; (2) to compare the effectiveness of using acoustic backscatter data to spatially predict OC against sediment type (Folk classification), a common and readily available predictor for OC; (3) to apply fitted linear mixed models (LMMs) to generate a regional-scale map of OC in a geostatistical framework; (4) to estimate a regional surface (10 cm) OC stock over the MBES area; and (5) to discuss the opportunities and limitations of using MBES to spatially map OC.



REGIONAL SETTING

Our study site is located within the Moray Firth Region, an embayment in the North Sea off the east coast of Scotland, United Kingdom (Figure 1). The inner part of this coastal zone is characterised as estuarine and is fed by three large estuaries, the Beauly, Cromarty and Dornoch Firths to the southwest of the site. Moving eastwards, the Moray Firth extends into the North Sea and is characterised by a shallow shelf. The seabed bathymetry generally slopes away from the coast to an average depth of 50 m within 15 km in the inner Moray Firth. Beyond this, the shelf maintains a gradual slope to the central northern North Sea to depths between 150 and 250 m. A notable bathymetric feature within our study area is a narrow, deep trough orientated in a NNE-SSW direction that separates the Smith Bank from the immediate coastal zone reaching 80 m depths (Chesher and Lawson, 1983).
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FIGURE 1. (A) Location map for the survey area within the Moray Firth on the east coast of Scotland. The inset map shows the location in the context of Scotland. (B) Folk sediment map from the BGS 1:250K Seabed Sediment product DigSBS250 (accessed from: https://mapapps2.bgs.ac.uk/geoindex_offshore/home.html). Folk codes as follows: (g)M, slightly gravelly mud; (g)S, slightly gravelly sand; G, gravel; S, sand; gM, gravelly mud; gS, gravelly sand; gmS, gravelly muddy sand; mG, muddy gravel; mS, muddy sand; sG, sandy gravel. (C,D) HI1150 MBES survey results. The rasters are presented at a 6 m × 6 m pixel resolution and the ArcGIS tool, “Focal Statistics” (circular neighbourhood, 3 m) has been applied to smooth noise. (C) Bathymetry (m). (D) Acoustic Backscatter Intensity (dB). The white area represents land, and the light-grey area represents the sea.


The seabed of the Moray Firth comprises a thin cover of Holocene sediments which are relict glacial and post-glacial accretions from offshore sources (Figure 1) (BGS (British Geological Survey), 1987; Reid and McManus, 1987). Following glacial melt at the start of the Holocene a rapid rise in sea level resulted in a source of lithic material to the area of predominantly sandy facies (Andrews et al., 1990). Sediments here are also sourced from fluvial contributions of the Dornoch and Cromarty Firths, limited to the south-west of the site and composed of muddy sands (Chesher and Lawson, 1983). Coarser, gravelly sands are found along the southern and northern coastlines in shallow water areas. Biogenic carbonate material is a final source of material which accumulates from calcareous seabed biota within the shallow coastal waters and which influences sediment composition (Holmes et al., 2004).

Sediment distribution is driven by local hydrodynamic regimes interacting with broader scale bathymetric variation. Due to the relatively shallow nature of the seabed, near-bed currents are mainly driven by wind and tidal interactions; the dominant current direction is from the north and north-east as NE Atlantic waters are channelled into the northern North Sea through the narrow channels between the Scottish mainland and offshore islands (Holmes et al., 2004).



MATERIALS AND METHODS

To investigate the suitability of acoustic backscatter data to act as a proxy for sediment type, and thereby a predictor of OC on the shelf, we first ground truth an MBES survey and generate a sedimentary C dataset to examine relationships between backscatter, sediment type and OC. We fit LMMs for the two covariates, including the backscatter over a range of scales, and use geostatistical interpolation to predict OC across the footprint. We compare how well each of the covariates predicts spatial OC and calculate surficial stock estimates for the best models. We use an existing MBES dataset as a cost-effective way to re-purpose marine datasets. In this section, we describe each of these steps in detail; the flow diagram in Figure 2 provides a summary for reference.
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FIGURE 2. Flow diagram highlighting the order of the data collection and analysis steps used within this study.



Multibeam Echosounder Survey

The Civil Hydrography Programme (CHP) acoustic datasets are made available through the respective bathymetry1 (UKHO hosted) and backscatter2 (BGS hosted) Data Archive Centres. The “HI1150 survey: Tarbat Ness to Sarclet Head” MBES dataset was selected given that, firstly, physical sediment samples collected during the survey are archived at the National Geological Repository (NGR) in Keyworth, United Kingdom, and available to subsample for grain size and C analysis; and secondly, the typical sediment type (muddy-sands to sands) across the area was compatible to further sampling using a Day grab. These CHP MBES bathymetry and backscatter data are of high quality and have been processed to a very high standard, IHO Order 1a (IHO, 2020). This requires the data to meet strict accuracy and quality requirements, e.g., line spacing, sounding density, vertical accuracy, and cross-line calibration. The survey report is available from the UKHO Data Archive Centre. The 2006 MBES survey employed a Kongsberg Simrad EM710 (70–100 kHz) for the offshore leg, and a hull-mounted EM3002D (300 kHz) sensor for the inshore survey to account for two depth zones. A Trimble (RTK) GPS was used for positioning. Depth checks between the nadir beams of the MBES systems against a single beam echosounder agreed within a few centimetres, except in areas of rapidly varying terrain (e.g., rock or sand waves). Further to this, the backscatter data are processed to drastically reduce angle-range effects, ensuring accurate intensities are recorded across track. Bathymetry and backscatter data were processed using Caris HIPS/SIPS software. The total survey area covers approximately 2,640 km2 (Figures 1C,D).



Multibeam Echosounder Data


Iso Cluster Classification

The bathymetry and backscatter data were classified using the unsupervised Iso Cluster tool in ArcGIS to inform our sampling strategy across the MBES survey footprint. These variables have shown strong discriminatory power for classifying seabed substrates (Calvert et al., 2015). Prior to classification, the bathymetry raster data were resampled to 6 m resolution for consistency with the backscatter dataset and both rasters were normalised from 0 to 1 (Calvert et al., 2015). We used the BGS 1:250K Folk sediment map (Figure 1B) to support our selection of five classes representing the four sediment types plus rock of the modified Folk classification (Long, 2006) (Figure 3). Equal numbers of sediment samples were proposed from each class with the sampling locations dispersed across the class footprint (Figure 3). Backscatter and bathymetry data were further processed to remove noise and account for potential sample location error, using the “Focal Statistics” tool in ESRI ArcGIS v10.7 (3-pixel × 3-pixel circular neighbourhood), prior to extracting the raster values at each sample location.
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FIGURE 3. Classified map of the MBES survey using ArcGIS unsupervised Iso Cluster tool (five classes). Sample locations are shown. Primary samples were collected in July 2019. Secondary data samples were collected over multiple surveys (see Supplementary Table 1 for full details).




Multiscale Backscatter Data

Studies have shown that the spatial scales of terrain and ecological attributes are an important consideration in sedimentary modelling and mapping studies since different environmental processes operate at different scales (Wilson et al., 2007; Misiuk et al., 2018). To investigate if there was an optimum scale at which backscatter and OC were correlated, we re-gridded the original data (6 m resolution) to the following spatial scales: 12, 24, 48, 96, 192, and 300 m resolution using the bilinear algorithm in the ArcGIS Resample tool. The backscatter values at the sample point locations, and as averaged over a 300 m grid, were extracted and used as predictor variables in the modelling component (see section “Spatial Analysis – Linear Mixed Models”).




Sediment Characterisation


Primary Data Collection

Twenty-three grab samples were successfully collected by FRV Scotia (1019S) in July 2019 using a Day grab (0.1 m2) (Figure 3). Three grabs failed where the sediment was too coarse to sample (all within “Class 4”). A full list of samples and accompanying metadata is found in Supplementary Table 1. Samples were collected according to the United Kingdom’s Joint Nature Conservation Committee (JNCC) marine monitoring protocols (Davies et al., 2001). A full-depth scoop of sediment (∼10 cm depth) was collected from the Day grab, homogenised, and frozen until analysis.



Secondary Data

We supplemented our dataset using complementary secondary data spatially located within the MBES footprint. Physical material was subsampled from the NGR. This included the 11 retained samples collected during the HI1150 MBES survey and additional archive material collected during national seabed surveys from the 1970s (Fannin, 1989). We also searched national databases (e.g., ICES) for sedimentary datasets with associated OC and grain size information, however, due to differences in analytical methods and reporting formats of the OC sediment fraction and grain size statistics, we decided to only use the physical secondary samples available for laboratory analysis, to maintain consistency with our primary data. There will be some uncertainty in OC amounts from archive samples attributable to the possible loss of labile material during long-term storage, which could manifest in an underestimation in OC predictions. We also note that the location uncertainty of archive samples is approximately 100 m because these were collected prior to the availability of Global Positioning Systems (Lark et al., 2012). Despite the uncertainties, the increased dataset nevertheless allows us to better characterise the regional sedimentary properties. An inventory of secondary data is found in Supplementary Table 2 and includes a further 29 samples.




Carbon Analysis

Sediment samples were oven-dried at 50°C until constant weight, cooled, and ground to a homogenous powder. 40 mg ± 5 mg of sediment was weighed out into pre-baked steel crucibles. Carbon analysis was carried out using an Elementar SoliTOC Cube Elemental Analyser. This instrument measures in situ organic and inorganic C within a sample, thus the typical pre-acidification step to remove carbonates is not required to measure the organic component. This is advantageous for coastal sediments comprising inorganic material because the acidification step can result in loss of sample through effervescent reaction (Verardo et al., 1990). The machine was calibrated against the standard reference material, B2290 (TOC/ROC/TIC silty soil standard) from Elemental Analysis, United Kingdom. The standard measurements deviated from the reference value by: TOC = 0.14%; ROC = 0.003%; and TIC = 0.29%. The measured C was normalised to the proportion of the sediment composition <2 mm. This represents the fraction of the bulk sediment viable for analysis; we assume that there is no OC associated with the sedimentary fraction >2 mm (i.e., “gravel” or rock).



Sediment Grain Size

Particle size analysis was undertaken for the 23 primary sediment samples using the protocol outlined in Mason (2011) to split the bulk material into coarse (>2 mm) and fine (<2 mm) components prior to analysis. The coarse material was sieved at ½ phi intervals (5.6, 4.0, 2.8, and 2.0 mm). The <2 mm fraction was analysed in a Coulter LS230 laser granulometer. The machine was calibrated using two sizes of glass bead reference standards (Vasquashene C100 and Vasquashene 590/840). Samples were treated with 3 ml of 5% Calgon solution to aid dispersion of aggregates prior to analysis (Blott et al., 2004). The results from the fine and coarse fractions were combined into a full particle size distribution as per Mason (2011). Grain size statistics were derived using GRADISTAT (Blott and Pye, 2001), although we only consider mean grain size in this study.



Dry Bulk Density

The dry bulk density (DBD) values of the sediment types have been derived from Smeaton et al. (2021) who collated sedimentary DBD data from across the United Kingdom Exclusive Economic Zone (EEZ). Where available, we first extracted region-specific data for the Moray Firth and aggregated the higher sediment classifications into the modified Folk sediment types (Kaskela et al., 2019). The average DBD value for each type is used in C-stock calculations and can be found in Supplementary Table 3.



Observed Sediment Type – Harmonising the Data

We only had access to the bulk sediment of the 23 primary grab samples and therefore could only generate full particle size distributions for these samples. The secondary sediment samples were available for subsampling in conservative amounts from the NGR archive, and we could not assume the sub-samples were representative of the bulk sediment to establish a quantitative grain size breakdown. We instead relied on composition metadata available from the BGS Offshore Geoindex3, to harmonise the primary and secondary data by deriving a modified Folk classification based on the % gravel, % sand, and % mud composition of each sample (Kaskela et al., 2019; Smeaton and Austin, 2019). Every data point has thus been described according to the modified 5 Folk classification (Mud-muddy sand; Sand; Mixed sediment; Coarse sediment; and Rock) (Kaskela et al., 2019). This allowed us to investigate how the composition of sediment affects the acoustic backscatter response.


Modified BGS Folk Sediment Map

As above, we converted the United Kingdom seabed Folk sediment polygon shapefile (1:250,000) (BGS (British Geological Survey), 1987) into a modified Folk sediment raster within ArcGIS by aggregating and reclassifying the default 16 Folk classes into 5 Folk classes based on Kaskela et al. (2019). The raster was projected into UTM Zone 30N and resampled to a 300 m resolution to align with the maximum backscatter raster scale (see section “Multiscale Backscatter Data”). We cross-checked the observed sediment type at each grab sample location (see section “Observed Sediment Type – Harmonising the Data”) against this reclassified sediment map to see how well it represented the sediment types described by the point sample data. Values of modified Folk type were extracted at each sample location (“mapped” Folk opposed to “observed” Folk) and used as a covariate within the spatial models. The modified Folk raster was also used as a continuous predictor variable for OC in our spatial predictions (see section “Spatial Analysis – Linear Mixed Models”).




Exploratory Analysis – Drivers of Organic Carbon Variation

Spatial information was extracted for each sample location using ArcGIS V10.7 including, geographical northing and easting and distance from the coast (calculated as the planar distance in metres from the target sample to the closest point on the coastline). These variables are included as potential predictors of sediment type and OC (Diesing et al., 2017). The appropriateness of using MBES and sedimentary data as explanatory variables to spatially predict OC was explored in the following ways; (i) by comparing the summary statistics of the sample data grouped by Iso Cluster class and by modified Folk type (Supplementary Tables 4, 5) and (ii) by exploring statistical associations between sedimentary properties and backscatter variables using Pearson correlation coefficients (Supplementary Figure 1 and Supplementary Table 6) (Serpetti et al., 2012). The relationship between modified Folk type, a categorical variable, and OC was compared using a one-way analysis of variance (ANOVA) (Supplementary Table 7). These analyses provided the supporting evidence for whether backscatter was a viable proxy for characterising sediments in this area (i.e., do sediment types have characteristic signatures?), and for insights into the significant predictors of OC here.



Spatial Analysis – Linear Mixed Models

We applied geostatistical methodology (Webster and Oliver, 2007) to explore how the observed relationships between OC and its drivers of variation could be used to map OC across our study region and how predictions of OC and their uncertainty could be upscaled to the entire study region. Non-spatial statistical methodologies such as linear regression require the assumption that the model errors or residuals are independent. In contrast, spatial analyses acknowledge that these residuals could be spatially correlated (i.e., residuals from proximal locations are more likely to be similar than those from disparate locations). This means that there is a spatial pattern to the observed data beyond that which can be explained by the covariates. This unexplained spatial pattern can be predicted using geostatistical methods (Webster and Oliver, 2007) thus improving the accuracy of the maps that result. The spatial correlation can also lead to the underlying model consistently under- or over-estimating the true values across broad portions of the study region. This in turn implies that the uncertainty of upscaled predictions of OC (e.g., the average across the study area) can be larger than if the residuals were independent.

We explored the spatial relationships between OC and the strongest drivers of variation as per the Pearson correlation coefficients, by estimating a series of LMMs by residual maximum likelihood. This is a commonly used method in terrestrial spatial C stock studies (Lark et al., 2006; Rawlins et al., 2009). LMMs divide variation in the modelled variable between the fixed effects (i.e., an assumed linear relationship between the response variable, in this case OC, and the explanatory covariates) and a random-effects component (i.e., the variation in the model residuals which can be spatially correlated). A comprehensive explanation of this type of geostatistical model can be found in Lark et al. (2006).

The model covariates must be known at all locations where the OC is to be predicted. We thus used the “mapped” modified Folk sediment type as a proxy for mean grain size and composition data in the fixed effects and compared its performance with the backscatter data processed to different scales. At the model estimation and validation stage, we also consider the “observed” Folk class to explore the effectiveness of this predictor if it were known precisely at each location. This covariate cannot be used to predict OC at locations where it was not measured, however. For each covariate, we consider both independent and spatially correlated random effects. In the geostatistical literature, independent residuals are said to have arisen from a pure nugget model. We use an exponential function (Webster and Oliver, 2007) to represent the degree of spatial correlation when it is present in the model. The appropriateness of the different combinations of fixed and random effects was assessed via the Akaike Information Criterion (AIC, Akaike, 1973) which weighs model complexity against model fit. The model which leads to the lowest AIC is thought to have the appropriate degree of complexity to best model the observed data (Villanneau et al., 2011).

The best-fitting models were used to predict OC and its uncertainty across the study region using the best linear unbiased predictor (BLUP) (Lark et al., 2006). This is a spatial interpolation method, sometimes referred to as kriging, which combines the fixed and random effects. We also simulated 1,000 realisations of OC according to each fitted model using the Cholesky decomposition approach (Webster and Oliver, 2007). Each of the realisations reflects the degree of spatial correlation in the estimated model. If the average OC across the study region is calculated for each realisation, then the variation between these averages reflects the uncertainty in predicting OC at this scale.

The relatively small number of samples in this study meant it was difficult to split the data into a training and validation set. Instead, the models were validated by a 10-fold cross-validation procedure (Webster and Oliver, 2007). In this process, a tenth of the observations are removed from the dataset and the other observations are used to predict OC at the locations of those that have been removed. The process is repeated 10 times with different observations removed each time so that each observation is removed once. The predicted values are compared with the observed values and the bias can be assessed by calculating the mean error (ME):
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and the accuracy by calculating the root mean squared error (RMSE),
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or the correlation between predicted and observed values, where z(xi) is the observed OC and [image: image] is the prediction of OC at location xi and n the number of observations.

In addition to a prediction of OC at each location, the BLUP also produces a measure of uncertainty of the prediction referred to as the prediction or kriging variance, an important consideration for decision-makers (Lark et al., 2012). The degree to which the kriging variances [image: image] relate to the prediction uncertainty can be explored by calculating the standardised squared prediction errors (θ) at each site:
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If the random effects are normally distributed and the LMM correctly describes the variation of OC, then the expected mean and variance of the θi are equal to 1.



Organic Carbon Stock Estimates

Surface (10 cm) OC stock estimates were calculated for the best-fitting model surface maps using the methodological steps outlined in Burrows et al. (2014). The modified Folk class raster was first converted into a corresponding map of average DBD using the values identified from section “Dry Bulk Density.” Combined with the maps of predicted OC, OC stocks and densities were derived per pixel area. For each spatial model, we calculated the OC stock over each Folk class area by aggregating the predicted OC mass for all relevant pixels. The uncertainty of these stocks was determined by repeating the stock calculation process for each of the 1,000 realisations of OC simulated from each LMM. The standard deviation of the stock predictions that resulted approximates the standard error. This approximate standard error does not account for uncertainty in estimating the DBD for each Folk class.




RESULTS


Data Characteristics


Backscatter Signal

The backscatter data (Figure 1D) highlight discrete areas of high intensities within an otherwise generally homogenous signal, broadly reflecting the sediment structure described in section “Regional Setting.” High backscatter intensities follow the coastline, coincident with rock and coarse sediments (Figure 1B). The area overlying the Smith Bank is characterised by higher backscatter (∼−16 to −21 dB), likely a signature of the coarser sand and gravel material described by previous surveys (Holmes et al., 2004). There are additional areas of high backscatter (∼−16 to −23 dB) associated with bathymetric-high features known as drumlins (streamlined subglacial landforms comprised of coarse and over-consolidated sediments), leaving the Dornoch Firth. The upstanding ridges will be more exposed to currents and therefore likely to consist of coarse-grained material, flanked by winnowed finer sediments within the troughs. Much of the remaining area is represented by lower backscatter intensities ranging between −28 and −34 dB correlating with observations of sand-dominant sediment facies (Andrews et al., 1990).



Sediment Type

Our grab samples were predominantly classified as sands and muddy sands, with a smaller proportion classified as coarse and mixed sediments (Figure 4 and Supplementary Table 1). Generally, it is difficult to sample a coarser sediment matrix successfully and these sediment types are often under-represented in sedimentary C studies. The three failed grabs during 1019S (all within “Class 4”) were likely due to coarse sediments. This assumption is supported by Figure 4, which clearly delineates the coarse sediment found within “Class 4” compared to the other classes. “Class 5” has a varied mixture of sediment types which could indicate poor sorting of sediments closer to the coastline. Despite having different compositions, the mean grain size of sediments collected within Classes 1, 2, 3, and 5 (following removal of outlier GB12) are broadly similar (∼150 μm) and classify as fine to medium sands with a mean backscatter intensity (∼−31 dB ± 1) (Supplementary Table 4). The mean grain size for “Class 4” is significantly higher (∼2 mm) characterised as a coarse sediment and matched by high mean backscatter intensity (−20.4 dB).
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FIGURE 4. Sediment samples with % gravel, sand, and mud data mapped to a modified Folk classification (four classes + rock) as proposed by Kaskela et al. (2019) to enable harmonisation between multiple datasets. Samples are grouped by Iso Cluster class.


We chose to reclassify our primary grab samples to a modified Folk class (see section “Observed Sediment Type – Harmonising the Data”) to incorporate secondary data in our study. The observed Folk type broadly agrees with the modified Folk map over the study area (Figure 5), with 60% overall accuracy (Supplementary Table 8). The main source of disagreement comes from grab samples of muddy sands being incorrectly classed as sands and coarse sediments by the BGS Folk map indicating there is heterogeneity over finer scales than is captured by broad Folk sediment classifications.
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FIGURE 5. Observed sediment type from all grab samples overlaid on the modified BGS Folk sediment map (adapted from DigSBS250). Agreement statistics between observed and mapped classes are shown in Supplementary Table 8.




Sedimentary Organic Carbon

Organic carbon values are consistent with other studies from the coastal shelf environment on the east coast of Scotland (Serpetti et al., 2012); values range from 0 to 1.55% content, with an overall mean value of 0.87% and a standard deviation of 0.37% (Supplementary Table 1). Enriched OC values are found closer to the estuary, characterised by muddier sediments, and within the deeper water (defined by “Class 1”) suggesting that depth could be a factor in OC accumulation (Supplementary Table 4). “Class 4” has the lowest range of values recorded – the average OC content within this class is 0.65% ± 0.41 (Supplementary Table 4) and mean grain size ∼2 mm. When grouped by Folk type (Supplementary Table 5) the muddy sands are enriched in OC% (mean = 1.04% ± 0.27) and coarse sediments have the lowest average value at 0.38% ± 0.27. Sands have the largest variability in OC% (between 0.18 and 1.31%) with higher values overlapping those found in the muddy sands.




Exploratory Analysis


Effectiveness of Iso Cluster Classification

The objective of the unsupervised Iso Cluster classification of MBES bathymetry and backscatter was to identify distinct seabed substrates to guide a representative sampling strategy. Grouping the sample variables by Class highlights some issues with our approach. The bathymetry data appeared to drive the final classification demonstrated by each class having a distinct depth range, except for Classes 3 and 4 (Figure 6A). The distinction between Class 3 and 4 was subsequently made using backscatter intensity. However, in this study, bathymetry shows limited discriminatory power to separate between sediment types (Figure 6B) indicating that our classification approach did not meet the objectives. This could be due to limited data, and it is possible that finer-scale sampling would have shown a response to small-scale bathymetric and geomorphological variation. “Class 4” (Figure 6A) is an exception and is distinctive from the others exhibiting similar characteristics to those of coarse sediment (Figure 6B) demonstrating the strong effect of increased grain size on acoustic backscatter (Goff et al., 2000).
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FIGURE 6. Box plots characterising the core variables from the ground truth samples by (A) Iso Cluster classification and (B) modified Folk sediment type (Key for modified Folk type: CrsSed, coarse sediment; M-mS, muds to muddy sands; MxSed, mixed sediment; S, sand).


Grouping the data instead by sediment type (n = 49) shows more distinct trends (Figure 6B). Coarse sediments have distinct signatures for all variables specifically, the lowest OC% values, a mean grain size >2 mm, the highest backscatter intensities, and are within shallower depths. Mixed sediments are characterised by slightly larger mean grain sizes than sands due to the presence of gravel. This is also reflected in higher backscatter intensities for mixed sediments relative to muddy sands and sands. Despite having distinctly different mean grain sizes (note that mean grain size is only available for (n = 23 samples), muddy sands and sands are characterised by similar mean backscatter values (∼32 dB) and depth ranges. Backscatter has thus provided a distinction between coarse sediments from muddy sands (M-mS) and sands (S); however, these sediment types are indistinguishable from each other based on backscatter intensity alone. Mean grain size (n = 23) is a more useful indicator in this respect than sediment type.

Other than “Class 4” (coarse sediment), the Iso Cluster classification has not been able to differentiate sediment types, and OC contents satisfactorily. Thus, we have chosen not to use the Iso Cluster classification as a predictor (categorical) variable in further analysis and instead, we use Folk sediment type which demonstrates better coupling to OC content and backscatter.



Predictor Variable Correlations

Backscatter is significantly correlated with mean grain size (r = 0.72) and most influenced by the gravel content (r = 0.76) (Figure 7A and Supplementary Table 6), correlations that are in keeping with other studies (Goff et al., 2000; Sutherland et al., 2007; McGonigle and Collier, 2014). OC has a significant, negative correlation with both mean grain size (r = −0.68) and with backscatter but this is much weaker (r = −0.47). The relationship appears to be driven in part by sediment composition highlighted by relationships with both % gravel (r = −0.65) and % mud (r = 0.48) (Figure 7B and Supplementary Figure 1). Backscatter does not separate OC values around −30 to −34 dB (Figure 7B), which is problematic because this backscatter range corresponds to varying compositions of muddy-sands and sands represented by similar mean grain size but with different associated OC values, ranging from ∼0.3 to 1.4%. However, despite our low sample numbers, we do see the general trends that we would broadly expect given the empirical relationships between these predictor variables (Hunt et al., 2020); increased backscatter intensities correlate to reduced OC contents as a function of sediment type becoming coarser. There are clearly environmental complexities, beyond which our dataset parameters can elucidate.
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FIGURE 7. (A) Backscatter correlated with mean grain size (n = 23) grouped by Folk sediment type and (B) OC% correlated with backscatter (dB) (n = 49) grouped by Folk sediment type to highlight the complexity within the correlations between these variables (Key for modified Folk type: CrsSed, coarse sediment; M-mS, muds to muddy sands; MxSed, mixed sediment; S, sand).


Water depth is weakly correlated to OC (r = −0.3) with no overall trends and therefore depth is not a reliable predictor of OC in this study (Supplementary Figure 1). Geographic covariates, distance from the coast, easting, and northing, are not correlated with OC and not used further.




Spatial Analysis: Linear Mixed Models

In total, nine LMMs of OC variation with single fixed effects were estimated as summarised in Table 1. All model validation statistics can be found in Supplementary Table 9. The lowest AIC is achieved by using the observed Folk classification derived from our samples as the fixed effects, followed by the classified Folk map values. Inclusion of sediment type and backscatter information as a covariate (fixed effect) improved the model performance by 17–19% (mapped and observed) and 14%, respectively, compared to the constant fixed effect model according to the relative decrease in the RMSE values (Supplementary Figure 2). Of all the scales for backscatter, the data at the 48 m resolution lead to a more accurate model, indicating that backscatter resolution may be an important consideration for OC mapping, however, the differences in accuracy are modest and more data would be required to support this hypothesis. The fixed effects selected to spatially predict the OC were M5b (backscatter − 48 m) and M8b (Folk-mapped) because these variables are known across the study site.


TABLE 1. Matrix summarising linear mixed model permutations fitted to the observed data to predict OC%.

[image: Table 1]
While including exponential spatial correlation in the random effects did not improve any model fits according to the AIC alone, it does lead to small improvements in the model accuracy (Supplementary Table 9). Further, the upscaled prediction uncertainty values for the pure nugget are unrealistically small, approximately 1% of the total stock estimate (Supplementary Table 10). This results from a cancelling-out effect of positive and negative errors at different prediction locations. The failure of the spatially correlated random effects to improve the AIC is likely to reflect the relatively small sample size meaning that there is limited evidence to assess the spatial correlation. It cannot be interpreted as evidence of an absence of spatial correlation. We therefore included spatial correlation in our spatial predictions of OC (Figure 8).
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FIGURE 8. Predicted spatial distributions of OC% for the different LMMs (top row) and corresponding prediction uncertainties given by the model standard errors (bottom row). (A,B) Model M1b: Constant fixed effects (mean OC). (C,D) Model M5b: backscatter at 48 m resolution. (E,F) Model M8b: Mapped modified Folk class. All models have exponential random effects. The maps are projected in ETRS89/UTM zone 30N (EPSG:25830) and have a raster resolution of 300 m.


Only one of the observed OC values was made at a location with a “Mixed sediment” mapped Folk classification. Therefore, the expected OC % for the “Mixed sediment” class could not be estimated. For the purposes of spatial prediction, the expected OC % for this Folk class was assumed to equal the average of the expected values for the other three classes. Mixed sediment covers around 1% of the study area so this assumption is unlikely to substantially influence the predicted maps or site-wide stocks.

All models quantify the uncertainty satisfactorily according to the variances of the θi values which are close to 1; the spatial variation of this uncertainty can be seen in the standard error maps in Figure 8. Highest uncertainties arise from the constant fixed-effects model. The predicted OC using M5b ranges from 0.2 to 1.4% and is highly variable across the site. Lowest values of OC and associated prediction uncertainty are concurrent with high intensities in backscatter characterised by coarse sediments and rock (assumed to be 0%). For M8b, predicted OC shows very little variation within Folk sediment type boundaries and ranges from approximately 0.5–1.2%, the highest values characterised by the area of muddy-sands. The maps have relatively large standard errors which reflect the large degree of small-scale variation in OC. These uncertainties could be reduced if more data were collected.



Organic Carbon Stock Calculations

Table 2 outlines the estimated OC stocks calculated from the spatial predictions of OC for model M5b (estimated 3.00 ± 0.159 Mt OC) and model M8b (estimated 3.08 ± 0.164 Mt OC). The total OC stocks derived from the two models are within the prediction error of each other, differing by approximately 0.08 Mt. The Folk model predicts the higher stock value presumably a result of not capturing finer-scale sediment heterogeneity with sediment boundaries (Figure 5). The limitation of this backscatter dataset to differentiate between sands and muddy sands (similar intensity values) could be leading to an under- and over-estimation for OC in muddy-sands and sands, respectively (Figure 7). Both models agree that sands contribute most to the total stocks (∼60–66%) due to their coverage. Estimated values for OC density are within the values estimated by other studies for United Kingdom coastal sediments, although in contrast to Smeaton et al. (2021), the two models predict that sands have the highest OC density rather than the muddy sediments (Table 2).


TABLE 2. Calculation of organic carbon stock using (A) predictions from the linear mixed model with backscatter at 48 m resolution as a fixed effect covariate including exponential random effects and (B) predictions from the linear mixed model with mapped Folk class as a fixed effect including exponential random effects.
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DISCUSSION

We have explored the potential of using archived MBES backscatter data in combination with primary and secondary ground-truth data to map OC at high resolutions over a regional area. We see promising trends between the predictor variables, yet the correlation between backscatter and OC is relatively weak, which suggests that backscatter cannot be solely used to predict OC. However, we show that the inclusion of this variable improves the carbon prediction accuracy or equivalently reduces the number of OC measurements required to achieve a specified precision. Comparing two exhaustive parameters, sediment type and backscatter, we have modelled two regional distribution maps of OC over an MBES footprint (2,640 km2) within the Moray Firth with spatially explicit uncertainties (Figure 8). We have used these maps to estimate surficial OC stocks across the area (Table 2). The stock estimates are in good agreement with each other; however, the spatial distribution pattern of OC varies. This is a result of the differences in how the covariate data were acquired. The BGS Folk sediment map is currently the United Kingdom’s best national seabed map based on interpolated point data and expert judgement, whereas backscatter is a form of high-resolution remote sensing. Further samples and additional complementary predictor variables are needed to resolve the finer-scale variability of OC and to understand which of the maps is most representative; this would also serve to reduce the relatively large standard errors of OC (Figure 8). In this section, we discuss the limitations and opportunities of acoustic backscatter as a predictor variable for OC. We briefly analyse the spatial distribution of OC of this Scottish east coast embayment and its role in C-processing, and we consider the implications for such OC maps in seabed management and C-accounting frameworks.


Acoustic Backscatter as a Predictor of Sedimentary Organic Carbon

While backscatter has a significant, negative correlation with the OC content in surface sediments (Supplementary Table 6), the strength of the relationship is relatively weak, and thus offers limited power to predict OC directly. This is a similar finding within habitat or substrate mapping studies using MBES data, which show that backscatter can improve models as part of a suite of predictor variables (De Falco et al., 2010; Lucieer et al., 2013). The inclusion of backscatter in the geostatistical model M5b leads to a prediction accuracy improvement for OC of approximately 14% This is a promising finding and is similar to improvements seen in substrate mapping accuracy when backscatter variables were incorporated (Lucieer et al., 2013; Biondo and Bartholomä, 2017). The resolution of the backscatter variable did not impact the overall performance of the LMMs, however, this does not mean that there is no difference and is likely a function of the limited sample size for the survey area. High-resolution backscatter data as a spatial covariate has the potential to increase the resolution of OC maps (Hunt et al., 2020). Fine-scale variability can be incorporated into these maps beyond which can be accounted for by current sediment maps (Smeaton et al., 2021).

The backscatter data differentiates between areas of coarse and fine sediments; however, it is not able to distinguish between muddy-sand and sandy sediments. Distinguishing between coarse and fine sediments is still a useful finding with respect to OC mapping because OC varies as a function of sediment type (Hedges and Keil, 1995), with significantly lower quantities of OC within coarse sediments (Figure 6). High-intensity backscatter is characteristic of coarse or poorly-sorted material (Collier and Brown, 2005; Biondo and Bartholomä, 2017), which are likely to result from dynamic or erosive processes, and therefore unimportant areas for C storage. This visual aid can help prioritise ground-truthing toward the finer-grained sediments associated with deposition and enrichment in organic matter (Diesing et al., 2021). The difficulties of the backscatter to delineate between finer materials could be due to a limitation of the MBES survey technology and post-processing methods employed over a decade ago, however, similar challenges have been identified in very recent studies, indicating that further development is still required within this field (Diesing et al., 2020). As a result, there are likely to be some systematic over- and under-estimations of OC for sands and muddy-sands, which have similar intensities. Sediment composition can also cause conflicting interpretation of the backscatter signal and OC content. For example, a muddy gravel can have a very high backscatter signal, particularly as gravel or shell hash disproportionately affects the scattering effect (Goff et al., 2000, 2004), but counter-intuitively, also a relatively high OC content governed by the presence of mud (Serpetti et al., 2012). Increased ground-truthing or camera-tow coverage would help to better characterise the sedimentary environment in these areas (Hunt et al., 2020).

The dominant oceanographic characteristics of the inner Moray Firth are of a dynamic coastal system and the seabed is comprised of glacially relict, re-worked sediments (Reid and McManus, 1987). These factors will influence OC quantity and quality and could help to explain why the correlation between backscatter intensity as a proxy for OC is less convincing than backscatter as a proxy for sediment grain size. There are numerous variables that can influence the availability of OC within sediments including, oxygen penetration levels (Janssen et al., 2005; Hicks et al., 2017), water temperature (Burdige, 2011), sedimentation rate (de Haas et al., 1997), reactivity of OM (Burdige, 2007; Bianchi, 2011), disturbance levels (e.g., through benthic fishing actvities: De Borger et al., 2020), and age/transportation times (Bao et al., 2019), which cannot be explained by backscatter alone. Equally, the relationship between backscatter and sediment type is complex (Diesing et al., 2020) and return signals can be influenced by the survey itself, including factors such as instrument type and acoustic frequency settings, weather conditions, and data processing techniques, and by physical environmental characteristics including sediment density and bioturbation from benthic fauna (Feldens et al., 2018).

Nevertheless, our results show that when backscatter measurements are combined with OC values within a geostatistical framework, the precision of the carbon predictions improves, and this method allows the prediction uncertainty to be quantified. In the absence of appropriate or exhaustive sedimentary datasets, our models show that acoustic backscatter data could be used to generate an improved picture of the spatial distribution of OC with appropriate ground-truthing. The backscatter data highlight some interesting finer-scale variations that could provide insights into geomorphological features and sedimentary processes, which may also have implications for carbon storage, such as sand ripples, moraines, or trenches.



Folk Type as a Predictor of Sedimentary Organic Carbon

Sediment Folk type was a stronger covariate than backscatter for predicting OC in this study, and is commonly used within sedimentary OC studies (Smeaton et al., 2020), however, there are limitations with using such categorical data. Much of the United Kingdom archive sediment data is classified using the Folk scale based on broad composition information (Lark et al., 2012) which can be associated with a wide range of OC values. The current BGS 250K Folk sediment map for the United Kingdom doesn’t pick up the heterogeneity in sediment type at smaller scales as highlighted by the 60% agreement between our observed samples and the Folk map (Figure 5). Sediment heterogeneity can have a large influence on C storage and should be accounted for Smeaton and Austin (2019). Areas of disagreement may be attributed to analytical improvements in sediment grain size detection for fine sediments (e.g., with laser sizing technology available) and/or legacy sample location inaccuracies which did not have the benefit of Global Positioning Systems (GPS) (Lark et al., 2012). In addition, large temporal differences exist between the samples collected in the 1970s, from which the BGS Folk sediment map was derived, compared to the samples for this study, during which time there is likely to have been considerable sediment movement. The improvement in LMM prediction accuracy of OC using sediment type is a clear indication of the importance of understanding sediment type and distribution. The confidence in substrate maps is also improved where remote sensing has been undertaken (Kaskela et al., 2019). Statistical relationships between our data variables (Supplementary Figure 1) show that grain size, and component fractions (e.g., % mud, gravel) were a stronger predictor of OC than sediment type, however, limited data coverage prevented us from using it as a covariate within the spatial modelling. We would therefore recommend that in situ sediment ground-truthing of MBES surveys is retained and submitted for comprehensive grain size analysis using laser-sizer technology (Blott et al., 2004), which would also allow complementary continuous predictions of % mud, sand and gravel at higher resolutions (Misiuk et al., 2018). See further recommendations in section “Recommendations.”



Opportunities Presented by Multibeam Echosounder Surveys

Our study explores the development of a new methodology to map OC. There are several reasons why MBES backscatter as a predictor for OC may be a preferable option to traditional point sampling and interpolation methods. Sampling at sea is logistically challenging, expensive, and recognised as a carbon-intensive activity (Turrell, 2020). Within a decadal timescale, the Irish national seabed mapping project (INSS) has used acoustic systems to map at least 80% of the seabed of the Irish EEZ, generating new opportunities for environmental and commercial research toward sustainable development of the marine environment (Guinan et al., 2020). “Piggy-backing” ground-truthing sampling onto such national-scale surveys has the potential to collect valuable datasets of seabed properties, including surficial OC. Often, as with this study, data for mapping projects are collated from different sources and temporal scales (Wilson et al., 2018; Atwood et al., 2020) which can increase the uncertainty in calculating and interpreting results.

Acoustic backscatter, collected as part of MBES surveys, is a spatially continuous measurement, which can uncover relative differences in seabed properties over multiple scales (Brown and Blondel, 2009), and can improve upon traditional sediment class maps. To highlight this point, the final OC map based on Folk type for instance shows rigid boundaries which are almost certainly overly simplistic (Figure 8).

Additionally, beyond the primary backscatter and bathymetry measurements, acoustic remote sensing data can provide a wealth of additional terrain and seabed geomorphology information (Lecours et al., 2016b; Masetti et al., 2018). The geomorphology of the seabed can provide important clues as to the dominant (local) physical processes, such as whether current and hydrodynamic regimes will enhance erosion or deposition. This information is commonly used within an ecological context, for instance, habitat modelling studies (Wilson et al., 2007; Lecours et al., 2017) and recently, has been used to predict the distribution of seabed sediments (Misiuk et al., 2018). As already noted, OC is associated with fine-grained material (Hedges and Keil, 1995), which is more likely to settle in low-energy environments; thus, it may be possible to identify relationships between seabed terrain attributes or geomorphological features that may indicate a depositional environment. For instance, the slope of the seabed is linked to dynamic ocean processes such as the steering or acceleration of currents, which can impact sediment transport and stability (Dolan, 2012) and as such, there is a higher probability that harder substrates will dominate steeper slopes (Dove et al., 2020). In the past decade, a suite of toolboxes have been developed to enable researchers to derive geomorphological parameters from high-resolution bathymetry data (Lecours et al., 2016a). Further research including terrain attribute predictors for sediment deposition could prove invaluable for improving the picture of sedimentary OC on the shelf (Diesing et al., 2021).

Finally, the United Kingdom is in a favourable position of having wide-scale sediment mapping across the EEZ with high confidence (Kaskela et al., 2019). Other maritime nations may not be in such a position and the use of MBES allows both substrates and OC to be investigated and mapped in parallel (Smeaton et al., 2021) and OC stocks to be subsequently calculated (Avelar et al., 2017).



Recommendations

We recognise that this study was constrained by a combination of temporally asynchronous primary and secondary data and a limited number of spatial OC observations (approximately one grab per 51 km2), which will have likely contributed to the weaker relationships seen (e.g., O’Carroll et al., 2017). However, despite this, we believe the results for this approach to mapping OC are promising. Looking forward, we would recommend that future national MBES surveys collect and preserve ground-truth samples for sediment and OC analysis. Standard protocols and analytical procedures should be developed by the community to allow efficient re-use of data and comparative studies to maximise the opportunities. Secondary datasets can be used to enhance studies and data repository initiatives focussed on compiling contemporary sedimentary data, such as the MOSAIC initiative, will undoubtedly serve to improve understanding of sedimentary C processes (van der Voort et al., 2021). Sampling designs for ground-truthing could potentially be improved by incorporating primary MBES and secondary terrain attribute information at different scales before classification (Misiuk et al., 2018). The classification approach prior to sampling in this study versus that of Hunt et al. (2020) was less successful in differentiating substrates due to the influence of bathymetry, thus sampling approaches could consider the environment being surveyed; for instance, a higher proportion of samples could be collected within homogenous backscatter areas in dynamic coastal settings and/or camera tows are additional cost-effective tools to improve substrate classification (Kenny et al., 2003) prior to sampling. Small gradient changes in substrates present mapping challenges (Diesing et al., 2020), and could have a large impact on the overall C processing dynamics (Hicks et al., 2017).



Spatial Patterns of Sedimentary Organic Carbon Stocks in the Moray Firth

Organic carbon content ranges from ∼0.2 to 1.5% (Figure 8) and we estimate that the total stock of sedimentary OC within the surface 10 cm for the MBES survey area is between 3.0 and 3.1 Mt of OC (Table 2). The MBES footprint covers an area of 2,640 km2 and represents ∼7% of Scotland’s coastal and inshore waters area; 39,325 km2 (Smeaton et al., 2021). The average OC density for our study area is thus estimated at approximately 1,144 tonnes OC km–2 which is in good agreement with the upper estimates calculated by [Smeaton et al. (2021); 1,060 ± 128 tonnes km–2]. This is not distributed uniformly across the survey area, and we see variation in response to sediment type and potentially with localised hydrographic processes. For instance, the two predictive maps generally show the spatial agreement of enriched OC values to the southwest of the site in proximity to the estuarine systems (Figure 8). This region accumulates muddy sand, presumably from fluvial sources, in combination with a diminishing supply of carbonate muds that are transported onshore from the northeast (Reid and McManus, 1987). An interesting observation in our data relates to the slightly elevated levels of OC seen in the sediments of the deeper water to the north of the study area (outlined as “Class 1” in Figure 3). This local region is dominated by sands, which are permeable sediments and are known to be centres of efficient OC recycling (Huettel and Rusch, 2000) so the relatively elevated values of OC are unexpected for this sediment type. Given that the region falls within a deep channel it is possible that the local topography might be creating a localised area of deposition from currents arriving from the northeast (Goward Brown et al., 2017). To investigate these ideas further, techniques to elucidate the provenance and therefore fate of sedimentary OC can help in developing appropriate management strategies (Geraldi et al., 2019).



Implications for Marine Spatial Planners, National Carbon Accounts, and Going Beyond the Inventory

Maps of the spatial distribution of sedimentary OC hotspots can be valuable to marine spatial planners who have a strategic goal to manage the seabed in a sustainable manner (Frazão Santos et al., 2019). Relative to large-scale mapping products of recent studies (Lee and Phrampus, 2019; Atwood et al., 2020; Legge et al., 2020; Smeaton et al., 2021), we would argue that regional-scale OC mapping data may be more practical for planners when considering the spatial conflicts between anthropogenic activities, environmental change, and vulnerable C stores. Protection of the seabed through spatial instruments such as marine protected areas (MPAs) can provide multiple benefits beyond C protection and supporting data are critical to identifying priority areas (Sala et al., 2021).

Marine shelf sea sediments are beyond the current C accounting frameworks for inclusion in NDCs, national GHG inventories and other actionable climate policies. However, there is a growing interest in the incorporation of these very significant C sinks and stores into accounting frameworks (Luisetti et al., 2020), as well as recognition of their vulnerability. Sediments are long-term stores of C on scales that have provided climate regulation services (Berner and Raiswell, 1983) but are vulnerable to human activities that cause disturbance and result in GHG emissions from the remineralisation of buried C (Macreadie et al., 2019). As explained by Howard et al. (2017), reporting an ecosystem as part of national GHG inventories would require in part an assessment of current C stocks and the geographic area covered. High-resolution OC maps will therefore have a valuable role in improved marine C accounting. Further research in sedimentary C hotspots, the source, and vulnerability of this C is necessary to determine appropriate accounting and sustainable seabed management measures (Luisetti et al., 2020).




CONCLUSION

Mapping the spatial distribution of sedimentary OC at regional scales is important for targeted seabed management measures which can protect C-rich sediment stores, in addition to promoting biodiversity, and food provisioning services. We have utilised an existing MBES dataset to investigate the potential of acoustic backscatter as a proxy for sediment type and therefore, to map associated OC. We use LMMs, a common technique in soil mapping studies, to estimate OC, comparing Folk sediment type and backscatter as fixed effect covariates. This study shows that the use of acoustic backscatter as a predictor covariate for OC improves the accuracy of the spatial model for OC by 14% and has good potential to delineate low – high C areas as a function of sediment type, at finer-scale resolutions than current UK seabed substrate maps. Inclusion of spatial autocorrelation in the models improves the quantification of uncertainty, which is an important consideration for decision-makers. We predict that the MBES footprint within the Moray Firth holds between 3.0 and 3.1 Mt of OC in the top 10 cm, an estimate in good agreement with other modelling studies. This study would have benefited from more ground-truthing to better characterise the acoustic backscatter at lower intensities and to increase our understanding of the effect of spatial autocorrelation on OC. Despite the relatively limited dataset, the results for OC mapping using backscatter are promising and support the case for further research in this area. MBES data could play a pivotal role in improved spatial predictions for OC across regional scales, allowing inclusion of OC stocks into national C accounts and thus supporting broader thinking of marine carbon within nature-based solutions for climate mitigation, biodiversity preservation, and sustainable fisheries.
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Mangroves are important sinks of organic carbon (C) and there is significant interest in their use for greenhouse gas emissions mitigation. Adverse impacts on organic carbon storage potential from future climate change and deforestation would devalue such ambitions, thus global projections of future change remains a priority research area. We modeled the effects of climate change on future C stocks and soil sequestration rates (CSR) under two climate scenarios (“business as usual”: SSP245 and high-emissions: SSP585). Model results were contrasted with CO2 equivalents (CO2e) emissions from past, present and future rates of deforestation on a country specific scale. For C stocks, we found climate change will increase global stocks by ∼7% under both climate scenarios and that this gain will exceed losses from deforestation by the end of the twenty-first century, largely due to shifts in rainfall. Major mangrove-holding countries Indonesia, Malaysia, Cuba, and Nigeria will increase national C stocks by > 10%. Under the high-end scenario, while a net global increase is still expected, elevated temperatures and wider temperature ranges are likely increase the risk of countries’ C stocks diminishing. For CSR, there will likely be a global reduction under both climate change scenarios: 12 of the top 20 mangrove-rich countries will see a drop in CSR. Modeling of published country level mangrove deforestation rates showed emissions have decreased from 141.4 to 6.4% of annual CSR since the 1980’s. Projecting current mangrove deforestation rates into the future resulted in a total of 678.50 ± 151.32 Tg CO2e emitted from 2012 to 2095. Reducing mangrove deforestation rates further would elevate the carbon benefit from climate change by 55–61%, to make the proposition of offsetting emissions through mangrove protection and restoration more attractive. These results demonstrate the positive benefits of mangrove conservation on national carbon budgets, and we identify the nations where incorporating mangrove conservation into their Nationally Defined Contributions offers a particularly rewarding route toward meeting their Glasgow Agreement commitments.

Keywords: mangrove carbon stocks, mangrove sequestration rates, blue carbon, soil carbon, mangrove deforestation, mangrove emissions, climate change


INTRODUCTION

Mangroves, tidal marshes and seagrass meadows accumulate organic rich soils that can often extend to many meters depth and provide long-term storage of organic carbon (C). Termed “blue carbon” ecosystems (BCE), these habitats occupy a relatively small area of the global ocean (∼0.2%), but are major contributors to marine sediment organic carbon burial (Duarte et al., 2013). Mangroves are of particular interest as they store and sequester comparatively high amounts of C in both biomass and soils (Donato et al., 2011; Ezcurra et al., 2016; Almahasheer et al., 2017; Kauffman et al., 2017). Mangroves store up to five times as much organic carbon as tropical upland forests (Donato et al., 2011). A combination of high productivity and slow soil decomposition rates significantly increases mangroves’ ability to capture and store organic carbon, particularly in their soils (Alongi, 2012). Aboveground net primary productivity (NPP) rates in mangroves (8.1 t DW ha–1 yr–1) rival those of highly productive tropical terrestrial forests (11.1 t DW ha–1 yr–1) (Alongi, 2012). In addition, complex mangrove root structures and waterlogged soils trap allochthonous organic material on top of deep carbon rich peat composed mainly of dead root material, sometimes extending up to 10 m depth (McKee et al., 2007); soil carbon can comprise up to 90% of mangrove organic carbon stocks (Cooray et al., 2021). As a result, mangroves have received a great deal of scientific interest as natural systems for offsetting greenhouse gas (GHG) emissions (Donato et al., 2011; Fourqurean et al., 2012).

Historic rates of mangrove deforestation posed a serious risk of significant GHG emissions; since the 1950’s it has been estimated that up to 50% of the world’s mangroves have been deforested, largely due to land-use change (Alongi, 2002). Despite estimates of recent global mangrove loss slowing to 4.0% of global coverage between 1996 and 2016 (Richards et al., 2020), it has been estimated that > 300 million Mg of CO2e were emitted as a result of mangrove deforestation between 2000 and 2012 (Hamilton and Friess, 2018). Between 2000 and 2016, 87% of mangrove loss in the West Coral triangle, where the vast majority of the world’s mangroves organic carbon is stored, was due to mangrove to agri/aquaculture land-use conversion (Adame et al., 2021). Mangrove conservation and restoration programs on a national scale have been identified as an efficient means of offsetting GHG emissions (Murdiyarso et al., 2015; Taillardat et al., 2018; Cameron et al., 2019), although the prevention of further forest loss, by far, outweighs gains from restoration (Kauffman et al., 2017).

While the potential for GHG emissions from mangrove deforestation are well documented (Lovelock et al., 2011; Kauffman et al., 2014; Lang’at et al., 2014; Atwood et al., 2017; Hamilton and Friess, 2018), the effects of climate change on global mangrove C stocks are less frequently addressed (Adame et al., 2021) and are therefore a priority research area for blue carbon science (Macreadie et al., 2019). Sea level rise has been identified as potentially the most significant climate change factor affecting mangrove distribution and C stocks (Macreadie et al., 2019; Lovelock and Reef, 2020). Sea level rise would cause changes to inundation periods and durations, potentially increasing tree mortality (Ward et al., 2016). It has been estimated that 96% of coastal wetlands, which includes mangroves, could be lost in the Middle East this century due to sea level rise (Blankespoor et al., 2014). Where mangroves occur adjacent to human settlements, coastal “squeeze” may occur, between rising sea level and expanding human settlements/agriculture behind the mangrove (Lovelock and Reef, 2020). Worst case estimates have projected lost C sequestration of 3.4 Pg by 2100 due to coastal “squeeze” (Lovelock and Reef, 2020). Change in climatic regimes could also prove a significant factor in changing overall stocks in mangroves through altering forest biomass and productivity and its subsequent contribution to soil C stocks and soil sequestration rates (CSR). Recent evidence from extreme climatic regions of global mangrove distribution (Almahasheer et al., 2017; Kauffman and Bhomia, 2017; Schile et al., 2017; Chatting et al., 2020) shows that under extreme salinity, heat and reduced rainfall, total C stocks and CSR may be reduced when compared to tropical humid mangroves (Sheppard et al., 2010). In addition, it is well established that climate change will not have spatially uniform impacts around the world (Giorgi et al., 2019; Soares et al., 2019). The Asian and American tropics are forecast to experience an increase in the frequency of extreme precipitation events (Giorgi et al., 2019), while reductions in precipitation in northern areas of African tropics suggest that expansion of semi-arid conditions is possible (Soares et al., 2019). Little is known about what the sum effect of these regional changes in temperature and precipitation regimes could be on regional mangrove C stocks or CSR (Wang et al., 2020) and whether any regions are at risk of significant losses in stocks and reductions in CSR.

Here we use predictive models to forecast how climate change and forest degradation singularly and in combination affect future C stocks and CSR in mangroves. Data collated from previously published literature were used to develop predictive models to estimate the difference between current and future global total C stocks (biomass + soil) and CSR. We contrasted the impacts of climate change against GHG emissions from past, present and forecasted future rates of mangrove deforestation to examine the carbon benefits from current conservation efforts on a country-specific scale.



MATERIALS AND METHODS


Literature Data

In order to predict mangrove CSR globally and on a country-specific scale, two separate databases of previously published data were compiled. Measured soil C stocks and CSR estimates were compiled from previous work. Keywords “mangrove” AND “soil” OR “sediment” AND “carbon stocks” OR “sequestration rate” OR “burial rate” were searched in Google Scholar1 only, as Google scholar search results are a superset of Web of Science and Scopus, two commonly used search databases in meta-analysis studies (Martín-Martín et al., 2018). In addition, publicly available unpublished datasets were searched in the Centre for International Forestry Research (CIFOR) online repository2 (Sasmito et al., 2019). When studies reported interval measurements of C stocks (e.g., 0–15 cm, 15–30 cm, 30–50 cm and 50–100 cm) from sampled cores, these were used to calculate soil C stocks to 100 cm depth (C100). Individual sampling site measurements were used to maximize the amount of data to later be used in predictive modeling and to reflect the high variability in soil C stocks. When unavailable, however, study means were collated, which is likely to have overestimated C stocks in sites where this was carried out as it does not take into account C decay with soil depth. Moreover, as 31 of the 88 collated studies reported sampled core data, our calculations of C100 are likely to be overestimates. Soil C sequestration rates were obtained from studies using Pb210, Cs137 dating methods or if organic carbon sequestration was calculated from total sediment accretion. When studies reported data graphically, images of graphics were captured and points were digitized in plot digitizer software by manually overlaying points onto graphical points. When soil stocks or characteristics (dry bulk density (DBD) and soil C%) were reported, they were included and soil C stocks were calculated from the following equation then mutliplied by 100 to estimate C100 stocks (Donato et al., 2011):
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Where studies’ reported measurement uncertainties (standard deviation with associated n and standard error) as well as DBD to soil C (g cm–3) conversion equation uncertainties, these were included in the database to later be propagated in model development. Site longitude and latitude were extracted from studies when reported. For studies that did not report site coordinates, any maps included were used in combination with Google Earth images to obtain site coordinates. Only intact mature mangroves were included; data from mangroves reported as degraded, newly colonized or planted were excluded from the dataset.



Estimating Current Soil Stocks and Sequestration Rates

Statistical models were developed to predict mangrove soil organic carbon where it had not been measured. A suite of climatic variables commonly used in species distribution modeling and in previous global mangrove modeling efforts (O’Donnell and Ignizio, 2012; Hutchison et al., 2014; Supplementary Table 1) were calculated from historical climate datasets for all global mangrove points using a global mangrove presence/absence mask reported by Hamilton and Casey (2016). Previous global soil C mangrove modeling studies have incorporated non-climatic predictors, such as tidal range, river discharge and geomorphological setting (Rovai et al., 2018; Sanderman et al., 2018). However, only climatic predictors were used here, given the identified need to better understand how the magnitude of projected climate change will affect future mangrove C stocks and CSR. Global historical climate datasets used were monthly precipitation (Pmean) (from 1901 to 2010), mean monthly air temperatures (Tmean) (from 1901 to 2010), daily maximum temperatures (Tmax) and daily minimum temperatures (Tmin) (from 1979 to 2010). These datasets were obtained from the Global Precipitation Climatology Centre (Schneider et al., 2011) (GPCC) and National Center for Environmental Prediction (NCEP) (Kalnay et al., 1996) and aligned to the period from 1982–2018, the longest concurrent period of all datasets (the last 36 years). Means of the aligned period were then calculated to be used in model development. The ability of climate datasets to explain variation in soil C stocks data was also compared to models that contained non-climate predictors previously used in modeling studies, for example tidal range (Carrere et al., 2013) and river discharge (Fekete et al., 2002).

Parametric (multiple linear regression) and machine learning (random forest) approaches were contrasted to test which better predicted current soil C100 stocks and CSR datasets. Measurement and conversion equation uncertainties that were compiled from literature were included as inverse weights in linear and random forest modeling to account for reported sampling uncertainty. Log10 transformation was performed on response data for linear regression analyses to comply with regression assumptions and predictors were chosen based on stepwise regression. Linear regression multicolinearity was addressed by removing explanatory variables with a variance inflation factor > 3.3 (Kock and Lynn, 2012). Random forest models were built using the randomForest package in R. Random forests are not subject to assumptions of normality and multicolinearity, therefore, all predictors were used and response data were not transformed. Both linear and random forest model out of sample performance was tested by k-fold cross validation using an 80–20% training-test split (Rovai et al., 2018; Masih, 2019). All statistical analyses was performed using R 3.6.2 software.



Present Day Stocks and Soil Sequestration Rates

The global mangrove mask reported by Hamilton and Casey (2016) was assumed to be present day global mangrove coverage. For the purposes of this study, 2012 was selected as it was the latest previously published global mangrove extent map. As the study aimed to estimate national scale stocks and CSR, the original ∼30 × 30 m pixel spatial resolution was converted to ∼3,000 × 3,000 m by resampling points. This level of resolution was selected as it reduced computational time significantly, still represented a high enough detail to discern country level changes in climate and was comparable to previous global and country level mangrove modeling work. For example, Rovai et al. (2018) used a ∼25 km pixel resolution when predicting mangrove soil organic carbon stocks globally, Zeng et al. (2021) used a 1 km spatial resolution when investigating country level emissions in mangroves; and Hutchison et al. (2014) aboveground mangrove biomass to a 30 arc-second (1 km) resolution. Aboveground biomass (Mg ha–1) for all global mangrove pixels was estimated using a previously developed climate predictive model (AGB t ha–1 = 0.295Bio10 + 0.658Bio11 + 0.023Bio16 + 0.195Bio17 - 120.3 (Hutchison et al., 2014). Where Bio 10 and 11 are the mean temperatures of the warmest and coldest quarters of the year, respectively, and Bio16 and 17 are precipitation in the wettest and driest quarters, respectively. Below ground biomass was estimated using a total above to below ground biomass allocation ratio of 0.5 (Hamilton and Friess, 2018). Model residuals reported by Hutchison et al. (2014) were used to propagate aboveground biomass standard errors. Uncertainties were multiplied by 1.96 and either added or subtracted from mean predicted values to calculate upper and lower 95% confidence intervals (CI’s) for above and below ground model outputs (Zuur et al., 2013). Above and below ground tree biomass estimates and CI’s were then converted into above and below ground tree C stock using 0.48 and 0.39 conversion factors, respectively (Schile et al., 2017). Using our newly derived predictive model, soil C100 stocks and CSR and their associated uncertainties were applied to all global mangrove pixels. 95% CI’s were calculated in the same way as aboveground biomass. Hectare level total stocks estimates, CSR and upper and lower confidence bounds were grouped by country. Country level total C stocks and 95% CI’s were then calculated by summing all hectare value estimates within each country.



Forecasted Stocks and Soil Sequestration Rates

Constant global mangrove coverage was assumed from 2012 to 2095, to estimate potential change in mangrove C. Future (year 2095) global total mangrove organic carbon stocks, CSR, climate data and associated 95% CI’s were predicted in the same way as present day estimates, however, forecasted climate data for all global mangrove coverage pixels were used instead of historical datasets. To calculate future climate data, the latest Coupled Model Inter-comparison Project phase 6 (CMIP6) climate scenarios were used. Shared Socioeconomic Pathway 2 radiative forcing 4.5 (SSP245) and Shared Socioeconomic Pathway 5 radiative forcing 8.5 (SSP585) were selected as they represent mid and high-level GHG emissions futures, respectively. Scenario SSP245 was selected as it represents a “business as usual” scenario where historical patterns of development are continued and could be compared to a more extreme scenario (SSP585), which forecasts high economic development and increased reliance on fossil fuels, subsequently high GHG emissions (Riahi et al., 2017). Prior to applying C stocks and CSR models to climate data, an ensemble of climate datasets were bias corrected and mean weighted. For each ensemble member, bias correction of future datasets, based on their alignment with historical climate datasets, was performed using the following equations (Luo et al., 2018):
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Where Cor Pmeanm,loc, Cor Tmeanm,loc and Cor Tmaxm,loc stand for corrected future precipitation and temperature on the mth month in the locth location. Prefaces Obs and Hist refer to observed historical and hindcasted historical data. Weighting coefficients (Supplementary Table 3) for bias corrected climate data was calculated depending on their ability to hindcast historical observed datasets using the following equation (Muhling et al., 2011):
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Where RMS is the model root mean square (RMS) and n is the number of climate forecast models. From weighting coefficients, a bias corrected, mean weighted ensemble climate forecast dataset was then calculated for each predictor (Pmean, Tmean, Tmax, Ts and Tmin). The ensemble was selected where climate forecasts (and hindcast data) for each scenario (SSP245 and SSP585) and each predictor were available. Datasets were downloaded from the World Climate Research Program.3 Global mangrove biomass C stocks, soil C stocks and soil sequestration rates were then predicted from the mean weighted climate forecast using the same predictive models as present day from 2059 to 2095 (36 years, as was done for present day). Future estimates of total C stocks (biomass C and soil C100), CSR and 95% CI’s were then, subtracted from current (2012) estimates on a pixel basis. The resulting differences per pixel and CI’s were then summed per country to express change in total C stocks or soil sequestration rates on a country level with uncertainty levels. The resulting values were split into two groups depending on whether the country was forecasted to experience a net gain or loss in total mangrove C (factor: gain vs. loss). A binomial Generalized Linear Model (GLM, gain vs. loss in total mangrove C stock) was then used for each climate predictor to test for the probability of increase in a countries’ total C stock with the associated change in climate predictor.



Mangrove Deforestation

Global and country level mangrove coverage for the years 1980, 1990, and 2000 were obtained from a previously published Food and Agricultural Organization of the UN report (FAO, 2007). Data in this report were gathered by a combination of questionnaires distributed worldwide to members of the International Society for Mangrove Ecosystems (ISME) and satellite imagery (FAO, 2007). From 2000 to 2010, high resolution (∼30 m) satellite imagery has been used to estimate global mangrove coverage (Giri et al., 2011; Hamilton and Casey, 2016). Our pre 2000 estimates are based on the 2007 FAO report (FAO, 2007), however, there is much debate about the uncertainties surrounding these data (Friess and Webb, 2014). Even determining the trend of mangrove coverage in some countries during this period is difficult (FAO, 2007). However, this period represents peak rates of global mangrove deforestation, some estimates of mangrove loss during this period are up to 30–50% (Alongi, 2002; Duke et al., 2007). In addition, the present report is the most comprehensive historical record of global mangrove coverage prior to 2000. As such, estimates of coverage change, and therefore emissions, from 2000 should be considered more accurate than prior to 2000 estimates as post-2000 estimates are based on high resolution satellite imagery. Estimates of country level mangrove coverage and deforestation from 2000 to 2012 were obtained from Hamilton and Casey (2016) using the Mangrove Forests of the World dataset (MFW) (Giri et al., 2011). A constant reference deforestation rate was assumed for the period 2012–2095 (Adame et al., 2018). Rates of loss were based on previous country specific rates for the period 2011–2012.



Country Level Emissions

Mean present day hectare level C stocks and 95% CI’s for each country were calculated and multiplied by the number of hectares lost for each decadal period from 1980 to 2095 (Atwood et al., 2017). The current study assumed that deforestation of 1 hectare of mangrove results in 43% loss in soil C in addition to all tree C (Atwood et al., 2017; Adame et al., 2018), which was then divided by 10 to calculate an annual lost C over a 10 year period. Lost C from mangrove deforestation and change in C stocks from climate change were summed to calculate total potential change in C stocks in the twenty-first century from climate change and mangrove deforestation. To compare C stocks changes and emissions from mangrove deforestation, C was converted to CO2 equivalents (CO2e) by multiplying C stocks by 3.67 (Atwood et al., 2017; Adame et al., 2018; Hamilton and Friess, 2018). Emissions can be a number of gasses, CO2e is the standard unit of measure of GHG emissions for mangrove deforestation (Atwood et al., 2017; Adame et al., 2018; Hamilton and Friess, 2018).




RESULTS

The literature search resulted in 785 data points of soil C100 stocks from 87 individual studies conducted in 44 countries and 105 data points of soil C sequestration rates (CSR) from 31 individual studies in 17 countries (Supplementary Datasets 1, 2). Data points were available for seven out of the top ten countries reported by Sanderman et al. (2018) to hold the largest mangrove areas. Papua New Guinea, Myanmar and Cuba were the only countries in this list that lacked data.

Linear modeling only captured 27% of the variation in the soil C stocks (C100) data [Regression: F(3, 635) = 79.21, p < 0.01, R2 = 0.27, standardized to 1 m depth], whereas random forest modeling captured over double that variation (R2 = 65%). The most important predictor was precipitation of the coldest quarter, which when dropped, accounted for 17.15% increase in the model’s mean squared error (MSE, Supplementary Figure 1A). The final model selected to predict soil C100 stocks was the random forest model as cross validation revealed it outperformed the linear model in making out of sample predictions (CV Random forest: R2 = 0.65, RMSE = 98.53 Mg C ha–1; CV Linear model: R2 = 0.32, RMSE = log10(0.24) Mg C ha–1). Inclusion of tidal range and river discharge did not improve model performance (CV Random forest: R2 = 0.65, RMSE = 98.85 Mg C ha–1). The linear model captured 45% of the variation in the CSR data [Regression: F(2, 91) = 13.89, p < 0.01, R2 = 0.45], whereas random forest modeling captured less of the variation in CSR (R2 = 31%). However, the random forest model outperformed the linear model in making out of sample predictions (CV Random forest: R2 = 0.69, RMSE = 113.44 g C m2 yr–1; Linear model: R2 = 0.46, RMSE = log10(0.30) g C m2 yr–1). Therefore, the random forest model was selected to predict CSR. The most important predictor was precipitation of the wettest month, which accounted for a 7.64% increase in the model MSE (Supplementary Figure 1B).

We estimated mean per hectare total C stocks (biomass + soil) of 472.7 ± 56.4 Mg C (mean ± 1 standard error). The highest per hectare total C stocks were around Southeast Asia, particularly Indonesia and the Philippines (Figures 1A,B). Indonesia alone accounted for almost a quarter of current global C stocks (24.27 ± 0.61%), while the top 5 mangrove holding countries (Indonesia, Australia, the Philippines, Brazil and Mexico) held > 50% of the world’s mangrove C stocks (Table 1). Similar to C stocks, the highest CSR were found in Southeast Asia (Figure 1C). The median predicted soil sequestration rate was 172.5 C m2 yr–1 (95% confidence interval: 101.4–321.7 C m2 yr–1). Indonesia again accounted for the majority of global annual mangrove CSR (23.72 ± 0.09%, Table 2).
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FIGURE 1. Estimated current global C stocks in mangrove (A) trees, (B) soils to 1 m depth, and (C) mangrove soil sequestration rates. Data presented are mean predicted values from present day climate datasets. Tree carbon was estimated from a model developed by Hutchison et al. (2014) and the soil carbon and sequestration rates estimates were from modeling performed by the current study.



TABLE 1. Mean ± 2 standard errors mangrove C stocks held by the 20 most mangrove-rich countries, and their forecasted gains under two climate scenarios (SSP245 and SSP585) based on bias-corrected and means-weighted forecasted climate data.
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TABLE 2. Mean ± 2 standard errors mangrove C sequestration rates of the 20 highest sequestering countries, and their forecasted gains under two climate scenarios (SSP245 and SSP585) based on bias-corrected and means-weighted forecasted climate data.
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When aggregated by country, the changes in total C stocks were spatially heterogeneous for both climate scenarios (SSP245 and SSP585). Under the business as usual scenario, reductions in total C stocks were predicted in countries that saw declines in precipitation. Decreases in precipitation of the wettest quarter (Binomial GLM: SE = 0.003, p = 0.01, Figure 2A) and the wettest month (Binomial GLM: SE = 0.001, p = 0.01, Figure 2B) were significant predictors of declines in countries’ total C stocks. Egypt, Taiwan and Myanmar were predicted to have the three greatest reductions in precipitation in the wettest month of the year (−197.76, −172.58, and −166.66 mm, respectively) and wettest quarter of the year (−446.83, −224.82, and −576.60 mm, respectively). Under a high-end scenario (SSP585), it was an elevation in mean temperature or temperature ranges that caused the greatest reduction in C stocks. Countries forecast to experience significant increases in temperature seasonality (Binomial GLM: SE = 0.43, p = 0.02, Figure 2C) and higher mean annual temperatures (Binomial GLM: SE = 0.08, p = 0.01, Figure 2D) were also predicted to have diminished C stocks by 2095. Qatar, Bahrain and Sudan were predicted to have the three greatest changes in temperature seasonality (1.14, 1.08, and 0.94°C, respectively), with New Zealand, South Africa and Morocco experiencing the greatest increases in mean annual temperatures (7.77, 5.07, and 4.25°C, respectively). Changes in CSR were spatially heterogeneous and declines under scenario SSP245 were experienced in countries with predicted decreases in mean temperatures of the wettest quarter of the year (Binomial GLM: SE = 0.18, p = 0.05, Figure 2E).
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FIGURE 2. Probability of countries experiencing gains in mangrove C stocks with change in twenty-first century climate. (A,B) Refer to significant differences under the “business as usual” scenario (SSP245), (C,D) refer to significant differences under the high emissions scenario (SSP585) and (E) refers to sequestration rates. Temperature seasonality refers to the annual variation of temperature. Black lines are the mean probability, while shaded areas represent 95% confidence intervals.


Global emissions from mangrove deforestation from 1980 to 2000 were more than three-times higher than those estimated from 2000 onward (Figure 3). Annual rates of mangrove deforestation dropped from 0.99% in the 1980’s to 0.83% from in the 1990’s, resulting in global emissions of 193.2 ± 44.4 Tg CO2e yr–1 and 149.6 ± 33.3 Tg CO2e yr–1, respectively (Figures 3A,B). Emissions then dropped to 8.8 ± 2.0 Tg CO2e yr–1 (0.24% annual deforestation) between 2000 and 2010 (Figure 3C). To put that value into perspective, annual emissions from mangrove deforestation from 2000 to 2010 were 5.44–11.97% of total present day CSR. If countries continue current rates of mangrove deforestation (global average of 0.19%) from 2012 to 2095, a total of 678.50 ± 151.32 Tg CO2e will be emitted due to mangrove deforestation, equivalent to mean global emissions of 8.18 ± 1.83 Tg CO2e yr–1. From 2012 to 2095, the top 23 emitting countries could account for over 90% of predicted global emissions from mangrove deforestation (Supplementary Table 1), with four countries (Indonesia, Brazil, Papua New Guinea and Malaysia) accounting for over 50% of all future emissions (Supplementary Table 2).
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FIGURE 3. Decadal global CO2e emissions from mangrove deforestation from (A) 1980; (B) 1990 and (C) 2000.


Our projections showed that, globally, increases in total C stocks (biomass + soil) induced by climate change would exceed emissions from mangrove deforestation between 2012 and 2095 (Table 3). Under a “business as usual” climate scenario these net gains represent an increase of 7.05 ± 7.89% (SSP245) or 7.71 ± 9.47% under a high-end scenario (SSP585) of present day global total C stocks. Total global losses from mangrove deforestation from 2012 to 2095 (Table 1) were estimated to be 61.4 ± 10.1% (SSP245) or 55.6 ± 9.1% (SSP585) of the potential gains in C stocks due to climate change. In contrast, CSR were forecast to decline by 2.60 ± 3.57% under scenario SSP245 and by 6.44 ± 3.63% under scenario SSP585 (Table 1).


TABLE 3. Mean ± 2 standard errors of the net effects of climate change and mangrove deforestation on total global mangrove carbon stocks and sequestration rates.
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DISCUSSION

Our study predicted a global net increase in mangrove C stocks under two climate projections (SSP245 and SSP585). Predicted climate change in Mainland Southeast Asia and southern Brazil resulted in lower C stocks, whilst higher C stocks were predicted in the Caribbean, the Malay Archipelago, Australia, and West and East Africa (Supplementary Figure 2). Our results identify particularly mangrove C rich countries where significant gains will occur and can reinforce the value of mangroves as a practical tool for offsetting emissions to national governments. Under a “business as usual” scenario (SSP245), Indonesia, Malaysia, Cuba and Nigeria, all of which are currently in the top 10 mangrove holding countries (Hamilton and Casey, 2016), could hold > 10% higher C stocks than at present (Table 2). Under the high emissions scenario (SSP585), these countries plus the United States and Australia would have > 10% higher total C stocks (Table 2). These nations’ C stocks would also see significant benefit from reduced mangrove deforestation. The Malay Archipelago in particular, could emit 774.1 Tg CO2e by 2100 from mangrove clearing and conversion to agri/aquaculture (Adame et al., 2021). Projections of C stocks in the current study are only to 1 m soil depth and are likely to be underestimates. Global mangrove soil C stocks to 2 m soil depth have been estimated to be almost double that of 1 m depth (Sanderman et al., 2018). Hence emissions from mangrove deforestation reported here (678.50 ± 151.32 Tg CO2e from 2012 to 2095) are also likely to be underestimated. Other studies have projected up to 3,392 Tg CO2e emissions by 2100, with 712 Tg CO2e being lost in the West Coral Triangle alone (Adame et al., 2021).

Despite an overall gain in C stocks, a likely decrease in global soil sequestration rates (CSR) was predicted under both climate projections (SSP245 and SSP585), with a different spatial distribution to predicted gains in C stocks; depressed CSR were mainly forecast in the Malay Archipelago and the Southern Caribbean (Supplementary Figure 2). More than half of the top 20 mangrove holding countries would experience decreases in CSR. Some of these losses will be significant, Panama’s annual CSR could reduce by 20.93 ± 2.83% under SSP245 or over a quarter (25.77 ± 2.92%) under SSP585 (Table 2). These reductions may be compounded by emissions from erosion, which is expected to be the main driver for mangrove losses on the Caribbean coast of Panama by 2100 (Adame et al., 2021). Malaysia and Myanmar could experience total reductions in CSR by 17.43 and 21.96%, respectively (Table 2). These two countries’ future emissions from mangrove losses are also expected to be largely driven by land-use change to agri/aquaculture (Adame et al., 2021) and would exacerbate the climate driven reductions in CSR. On a more positive note, even though overall reductions in global CSR were predicted, our study suggests global mangrove CSR has previously been underestimated. Our estimate of CSR (18.3 Tg C yr–1) is more than double that of the most recent previous estimate (Alongi, 2020), which used the same global mangrove extent as us (8.6 Tg C yr–1, mangrove extent: ∼83,000 km2). Alongi (2020) used a median CSR value (103 gC m2 a–1) obtained from a literature study and multiplied this by the global coverage as opposed to our spatial modeling approach. The approach used by Alongi (2020) assumed all mangroves will have the same CSR, even though it has been shown to vary widely (1.0–1,722 gC m2 a–1) (Alongi, 2020). When global mangrove extent is standardized to 83,000 km2, our CSR calculation is higher than most previous estimates (range: 8.3–18.8 Tg C yr–1) (Chmura et al., 2003; Bouillon et al., 2008; McLeod et al., 2011; Breithaupt et al., 2012; Alongi, 2020). Mangroves have the ability to increase soil elevation, thus increasing soil C stores and, up to a point, keep pace with sea level rise (Ezcurra et al., 2016). Coastal wetlands that experienced rapid relative sea level rise (RSLR) during recent millennia have significantly greater soil organic carbon density than coastlines where relative sea level was stable (Rogers et al., 2019) and RSLR is considered to be an important driver in predicted increases in wetland soil organic carbon accumulation rates (Wang et al., 2020). Even though sediment accretion and increased surface elevation may reduce coastal flooding as a result of climate change driven sea level rise, accretion rates in mangroves are not likely to compensate for increases in sea level of greater than 6.1 mm yr–1 (Saintilan et al., 2020). As a result of the approach we used, we have been able to capture spatial variation in CSR and produce country-specific estimates, including those where CSR data are currently unavailable. Generally, model predictions have been shown to vary considerably from the IPCC’s default estimates of greenhouse gas inventories, likely as a result of applying model predictions to locations where in situ measurements have not been taken, as opposed to applying a mean across all global mangroves.

Recent work has suggested higher temperatures would have “minimal impact” on organic carbon stocks (Macreadie et al., 2019). Our study showed that, under a high-emissions scenario, temperature increases would be high enough in some countries to impact national scale total C stocks and CSR. Under a business as usual scenario, temperature increases were not significant enough to detriment national scale mangrove C stocks. Peak photosynthesis productivity reduces above 38°C and increased temperatures would also increase evaporation rates which will in turn increase salinity stress (Clough and Rews, 1982). Our modeling showed, under SSP585, mean annual air temperatures could increase from 29.7 to 32.5°C, while maximum temperature of the warmest month could be as high as 44.2°C. Increases in mean temperatures and their annual variability, under the high-end scenario (SSP585), significantly increases the probability of a country experiencing losses in mangrove C stocks (Figures 2C,D). This is likely as a result of our study giving mangrove C stocks from arid regions at the climatic extremes of global mangrove distribution greater representation than previous modeling efforts. Apart from Sanderman et al. (2018), data from arid regions such as those of North Africa and the Arabian Peninsula, where mangroves have low organic carbon stocks and CSR (Eid and Shaltout, 2016; Almahasheer et al., 2017; Schile et al., 2017; Chatting et al., 2020), have not been incorporated into global models (Jardine and Siikamäki, 2014; Rovai et al., 2018).

Model predictions that global C stocks will increase while CSR will decrease may seem contradictory. However, total C stocks here are only quantified for the top 1 m of soil depth, in effect a measure of soil C density, with any change being the balance of gain by sequestration and losses by erosion and mineralization. Hence modeled C stocks may increase if climatic conditions result in increased soil C density, even if CSR declines. Over and above this effect, stocks throughout the whole soil depth profile could still increase substantially over time as more soil is accreted, even with lower sequestration rates (Alongi, 2012, 2015). Differences in estimates of global total mangrove C stocks and CSR largely arise from different methods calculating global mangrove extent (Breithaupt et al., 2012; Hamilton and Friess, 2018; Sanderman et al., 2018; Alongi, 2020). When projecting soil C stocks globally, our approach assumed pixels either had 100 or 0% mangrove coverage, similarly to Sanderman et al. (2018). However, this is unlike Hamilton and Friess (2018), where mangrove coverage was estimated to range from 0 to 100% per pixel. Global CSR estimates have ranged from 8.6 to 38.0 Tg C yr–1 (Twilley et al., 1992; Jennerjahn and Ittekkot, 2002; Chmura et al., 2003; Duarte et al., 2005; Bouillon et al., 2008; Alongi, 2009, 2020; Breithaupt et al., 2012), where differences are mainly due to varying global mangrove extents used in calculation. Additional uncertainties arise when estimating change in C stocks and CSR at the end of the twenty first century. Our study assumed constant mangrove coverage from 2012 to 2095, however, on a global scale, mangroves in temperate regions have been forecast to expand to higher latitudes (Saintilan et al., 2014). Also, the interaction between sea level rise and coastal human development will likely influence mangroves ability to migrate landward in response to sea level rise (Lovelock and Reef, 2020). Moreover, by subtracting future from present day C stocks and CSR and not incorporating estimated mangrove deforestation rates, this study assumed a constant rate of change from 2012 to 2095 and will lead to overestimates of C stocks and CSR. While this approach may be an oversimplification of the complex process by which mangroves sequester and store C, calculations of future estimates apply the same logic as has been performed for numerous estimates of present day C stocks (Hutchison et al., 2014; Hamilton and Friess, 2018; Rovai et al., 2018; Sanderman et al., 2018).

In addition to higher soil sequestration rates, our estimates of C emissions from mangrove deforestation between 2000 and 2010 are at the lower end of the 6.60–29.80 Tg CO2e yr–1 previously reported (Hamilton and Friess, 2018; Sanderman et al., 2018). A combination of higher global soil C sequestration rates than previously reported, coupled with comparatively low emissions estimates associated with mangrove deforestation (0.24% annually), largely due to significant reductions in deforestation rates, means that C emissions from mangrove deforestation are now < 12% of global annual soil sequestration rates. By contrast, in the 1980’s global emissions from mangrove deforestation were almost three-times global mangrove annual soil C sequestration (Figure 3). Despite the great uncertainties surrounding historical estimates of mangrove deforestation rates (Friess and Webb, 2014), this decrease since the 1980’s is a noteworthy success for mangrove conservation globally. Moreover, at a national level, our estimates show that, for many countries, rates of C sequestration in mangrove soils could be higher than previously thought, so that governments may choose to place greater value on their mangroves as a means of offsetting emissions. The outcomes of this modeling study demonstrate the positive effect of future mangrove protection and restoration on national C budgets, providing governments useful data on their mangrove soil sequestration rates in comparison to likely emissions and C stocks, which have not previously been available. Reducing emissions from mangrove deforestation is an achievable way to help countries meet their Nationally Determined Contributions (NDC’s) to the 2021 UN Climate Change Conference (COP26) and reach carbon neutrality. Indonesia has pledged almost 60% of their unconditional emissions reductions by 2030 to come from the forestry and other land use sector (Ministry of Environment and Forestry Directorate General of Climate Change, 2021). Globally, emissions from mangrove deforestation have been estimated to be as high as 19% of global total deforestation emissions (Pendelton et al., 2012) and blue carbon ecosystem restoration is estimated to be 3% of annual global fossil fuel emissions (Macreadie et al., 2021). Financing of mangrove conservation is a viable option for offsetting emissions where countries cannot directly reduce their own emissions (Zeng et al., 2021). Selling carbon credits gained from avoided mangrove deforestation in voluntary carbon markets has been shown to have similar returns on investment to investing in traditional asset classes (Cameron et al., 2019). Mangroves alone will not mitigate fully against climate change, however, their conservation can be used as a practical tool to facilitate countries moving toward carbon neutrality, as well as securing additional co-benefits through the enhancement of mangrove-derived ecosystem services.
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Vegetated coastal ecosystems can contribute greatly to long-term carbon sequestration and greenhouse gas emission mitigation, providing a strong argument for their protection and restoration. We investigated carbon sequestration in the Cowichan Estuary, a temperate estuary on Vancouver Island, Canada, in relation to habitat type (salt marsh, eelgrass, mudflats, and oyster shell beds) and habitat degradation. Stored organic carbon and inorganic carbon were quantified in the top 20 cm of sediment as well as in eelgrass and salt marsh vegetation. Sedimentation and carbon sequestration rates were quantified by 210Pb radiometric dating, and organic matter sources and quality were assessed by δ13C, C:N ratios and photopigment content. We also examined the potential impact of habitat disturbance by industrial activity (log booms) on the estuary’s carbon storage capacity. The salt marsh was the most important carbon reservoir, with a mean sediment organic carbon stock of 58.78 ± 19.30 Mg C ha-1. Sediment organic carbon stocks in the upper mudflats, lower mudflats, eelgrass meadow, and oyster shell beds were 19.30 ± 3.58, 17.33 ± 3.17, 18.26 ± 0.86 and 9.43 ± 1.50 Mg C ha-1, respectively. Carbon accumulation rates in the salt marsh and eelgrass meadows were 68.21 ± 21 and 38 ± 26 g C m-2 yr-1, whereas 210Pb profiles indicated that mudflat sediments were subject to erosion and/or mixing. While eelgrass was absent from the log boom area, likely due to disturbance, sediments there had similar carbon sequestration and bulk properties to adjacent mudflats. Carbon stocks in the eelgrass meadow were similar to those of the mudflats and consistent with the relatively low values reported for other temperate Zostera marina meadows, compared with tropical eelgrass meadows. Stable isotope evidence was suggestive of substantial outwelling and/or decomposition of eelgrass vegetation. Finally, we compared the carbon sequestration potential of the estuary to selected sources and sinks of CO2 in the surrounding region. We estimated that annual carbon sequestration in the estuary offsets approximately twice the greenhouse gas emission increases attributable to local population growth, and is equivalent to approximately twice that of a 20-year-old stand forest.
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Introduction

The capacity of the world’s coastal ecosystems to sequester carbon dioxide (CO2) in biomass and biomass residues, termed “blue carbon,” has been a major focus of research in recent decades in the context of climate change mitigation. Estuarine and intertidal areas in particular have very high rates of carbon sequestration relative to the open ocean (Nelleman et al., 2009; Rogers et al., 2019). In these coastal habitats, photosynthesis by vascular plants, macroalgae, benthic diatoms, and phytoplankton produces and deposits organic matter at rates that often exceed microbial respiration, resulting in the net sequestration of organic carbon (OC) in sediments, where anoxic conditions may greatly restrict remineralization and release of (CO2) into the atmosphere for millennia (Macreadie et al., 2017a). Sediment OC sequestration is additionally enhanced in coastal vegetated habitats by their ability to trap organic particles from river discharge and seawater flow (Van de Broek et al., 2018; Geraldi et al., 2019). Intertidal foundation plant species like salt marsh grasses and sedges, mangrove forests and seagrasses are particularly efficient natural carbon sinks. They are responsible for capturing and storing up to 70% of the OC permanently stored in marine systems despite only occupying 0.2% of the ocean surface (Nelleman et al., 2009; Duarte et al., 2013). Vegetated intertidal ecosystems rank among the most efficient sediment OC sinks on Earth, sequestering sediment OC at aggregated global rates that are disproportionately higher than terrestrial ecosystems, annually storing comparable quantities of sediment OC to terrestrial plants yet comprising only approximately 0.05% of the biomass and less than 3% the areal extent of forests. Recent global interest in blue carbon coastal ecosystems is based on the potential of vegetated habitats for climate change mitigation, coastal protection and wildlife enhancement (Duarte et al., 2005; Nelleman et al., 2009; Mcleod et al., 2011). Unvegetated mudflats, on the other hand, are generally under-represented in blue carbon budgets, despite often representing the largest areal component of intertidal systems with total sediment OC sequestration capacities that can be comparable to vegetated wetlands (Sanders et al., 2010; Phang et al., 2015). In addition, mudflats play important roles in nutrient recycling and supplying bioavailable OC to benthic populations (Van Duyl et al., 1999; Cook et al., 2004).

Salt marshes reportedly have the highest sediment OC burial rates per unit area of all intertidal blue carbon habitats, with a global average rate of 218 ± 24 g C m−2 yr−1 (Chmura et al., 2003; Duarte et al., 2013; Ouyang and Lee, 2014), exceeding long-term accumulation rates for temperate, tropical, and boreal forests, which range from 0.7 to 13.1 g C m-2 yr-1 (Zehetner, 2010; Mcleod et al., 2011). However, Chmura et al. (2003) and Ouyang and Lee (2014) reported salt marsh sediment OC sequestration rates that range widely around the globe, from 18 to 1713 C m−2 yr−1. These estimates of salt marsh SOC accumulation rates were based on a limited number of locations (n = 94) and disproportionate representation from some temperate areas of the world such as Europe and eastern North America, with respect to western North America. Coastal wetlands of the cool, wet Pacific Northwest (British Columbia, Washington, Oregon) climate zone are particularly underrepresented in the global data set (Kauffman et al., 2020). Pacific Northwest salt marshes occur along saline to tidal freshwater gradients and, together with widespread seagrass beds, represent largely unquantified blue carbon sinks (Callaway et al., 2012).

Seagrasses, which have a wide latitudinal distribution, have a reported global average sediment OC burial rate of 138 ± 38 g C m–2 yr–1, which is up to 35 times higher than in soils of temperate and tropical forests (Orth et al., 2006; Mcleod et al., 2011). Seagrasses have been estimated to capture up to 18% of the total carbon permanently stored in marine environments despite accounting for only 0.1 to 0.2% of the total ocean sea floor area globally (Gattuso et al., 1998; Duarte et al., 2005; Fourqurean et al., 2012a). However, most seagrass data used to develop worldwide blue carbon estimates are derived from tropical and subtropical regions. The seagrass Zostera marina (Z. marina), also known as “eelgrass”, is the predominant seagrass species in shallow areas of temperate estuaries along the Pacific coasts of Canada and the United States (Miyajima et al., 2015). The few published papers on carbon sequestration by Z. marina have reported sediment OC sequestration rates and sediment OC stocks orders of magnitude lower than global averages (Greiner et al., 2013; Miyajima et al., 2015; Spooner, 2015; Jankowska et al., 2016; Röhr et al., 2016; Poppe and Rybczyk, 2018; Prentice et al., 2019). Adequate regional and species-specific seagrass meadow data are therefore necessary to complete global blue carbon calculations and assess the relative importance of eelgrass habitats to regional blue carbon budgets.

Surficial mudflat sediments often host photosynthetic microbial biofilms, formed by eukaryotic algae and cyanobacteria, collectively known as ‘microphytobenthos’ (MPB) (Admiraal, 1984; Barranguet et al., 1997; Cahoon and Safi, 2002). The microphytobenthos can represent up to 50% of the total primary production in many estuaries (Underwood and Kromkamp, 1999; Pratt et al., 2015), and on a global scale, the MPB represents one of the most important and largest components of marine/estuarine primary production (Pniewski and Sylwestrzak, 2018). The MPB forms biofilms by excreting extracellular polymeric substances (EPS), mainly polysaccharides, which enhance the stability of the sediment/water interface by reducing resuspension potential (Cahoon, 1999; Blanchard et al., 2000; de Brouwer et al., 2000). Further, biofilms are a major source of high-quality OC for populations of heterotrophic microbes, benthic invertebrates and shore birds (McKew et al., 2013; Schnurr et al., 2020).

Organic carbon generally represents a small fraction of buried material within intertidal habitats, often only 2–3% by weight, although this can be highly variable (Saderne et al., 2019). The remaining sediment is composed of siliciclastic and carbonate (CaCO3) particles, with inorganic carbon (IC) concentrations often exceeding OC (Mazarrasa et al., 2015). Estuarine and other coastal ecosystems provide a variety of habitats for a diverse assortment of calcifying fauna and flora such as crustaceans, echinoderms, molluscs, calcified algae, and foraminifera, whose remains may be deposited onto the sediment and buried. Considerable uncertainty remains regarding the role of CaCO3 as source or sink of atmospheric CO2, since carbonate shell production shifts the dissolved carbonate equilibrium in seawater and produces CO2 with a ratio of ~0.6 mol of CO2 emitted per mol of CaCO3 precipitated (Ware et al., 1992). This has led to the argument that high CaCO3 burial in shell beds may partially offset CO2 sequestration associated with OC burial in some intertidal ecosystems (Howard et al., 2017). However, shellfish also facilitate atmospheric-CO2 drawdown via filtration and rapid biodeposition of carbon-fixing primary producers (Fodrie et al., 2017). For the present, few generalizations can be made about the net result of CaCO3 burial in sediments and CO2 emission from carbonate formation for any given blue carbon system.

Our study site, the Cowichan Estuary, on the east coast of Vancouver Island, British Columbia, is a potentially informative field location for quantitatively addressing two important knowledge gaps related to blue carbon sequestration in the coastal zone. First, it hosts several types of intertidal habitat whose carbon storage capacities are poorly constrained, namely, temperate Pacific coastal salt marshes, temperate eelgrass meadows, mudflats, and shell beds. Second, the relatively simple and historically recent nature of agricultural and industrial activity in the estuary, together with substantial local and Indigenous knowledge, facilitate the quantitative evaluation of the impact of land use changes on habitat distribution and related carbon sequestration.

The Cowichan-Koksilah Estuary (hereafter referred to as the Cowichan Estuary) is the fourth largest estuary on Vancouver Island, with an intertidal/estuarine area about 4.9 km2, including vegetated intertidal lands (saltmarsh and eelgrass), mudflats, and oyster beds (Lambertsen, 1986) (Figure 1). The invasive Pacific oyster (Crassostrea gigas) is now the only oyster species in the Cowichan Estuary, outcompeting the Olympia oyster (Ostrea lurida), the only oyster species native to British Columbia (Schuerholz, 2018). As part of the traditional territory of the Coast Salish People, the Cowichan Estuary supported the largest Indigenous community on Vancouver Island prior to European settlement in Cowichan Bay in the mid-1800s, providing sustainable harvests of shellfish, salmon, herring roe and seaweed for centuries (Dyck, 2000; Schuerholz, 2006; Dale and Natcher, 2015). Like many estuaries in the province and globally, the ecological health of the Cowichan Estuary has been compromised by land use changes. Approximately 102.8 ha of intertidal area has been reclaimed for agricultural or industrial use (Schuerholz, 2017). Much of the salt marsh was dyked and drained for farming, and a shipping terminal, causeway and sawmill occupy infilled areas of salt marsh and mudflat (Figure 1). The distribution of eelgrass in the Cowichan Estuary has been strongly affected by sawmill activity. Log booming in the Cowichan Estuary has been documented since the late 1800s, when log storage was relocated from Cowichan Lake to Cowichan Bay with the construction of a sawmill (O’Donnell, 1988). By the 1980s, log handling, storage and boom assembly affected 129 hectares (45%) of the intertidal zone and was reported to be the major source of environmental impact in estuary (Cowichan Estuary Task Force, 1980). Today, logs for the mill continue to be transported by sea and stored in an approximately 20 ha area of the lower intertidal zone prior to processing. Log booms make physical contact with the seabed during low tides, destroying eelgrass meadows and preventing seedling recolonization (Leschen et al., 2010). The gradual loss of eelgrass has been described in several reports: interviews with First Nations elders and long-term residents of Cowichan Bay Village documented historic eelgrass distribution that extended throughout most of the lower intertidal zone (Cowichan Tribes, 2010); and research publications by Harris (1953) and Bell and Kallman (1976) respectively report on eelgrass distribution before and after the emergence of log booming. Currently, eelgrass covers approximately one third of the previously occupied area in the southern portion of the estuary, and no eelgrass remains on the northern mudflats where log storage is concentrated (Figure 1). Like eelgrass, the microphytobenthos in the lower intertidal zone may have been similarly impacted by the mechanical disturbance and shading of the seabed, with associated losses of MPB productivity potential resulting in decreased carbon sequestration.




Figure 1 | Location map and sediment core sampling sites in the Cowichan Estuary on Vancouver Island, British Columbia, Canada. The rightmost map shows the four dominant habitats found at the Cowichan Estuary: the salt marsh at the landward edge (N1, C1, S1a, S1b), and the seagrass meadow at the seaward edge. The mudflat is in between the salt marsh and seagrass meadow, separated in the upper mudflat (N2, N3, C2, C3, C2, S3), the lower mudflat (N4, C4, C5, C6, S4). Pink shading outlines mapped oyster beds, with blue circles indicating oyster sediment sampling sites. Geo-referenced habitat polygons were delineated and classified by visual aerial photo interpretation of an unoccupied aerial vehicle (UAV)-acquired orthomosaic and verified using ground-based GIS waypoints.



We report here on stocks of organic and inorganic carbon in intertidal sediments of the Cowichan Estuary and their distribution among eelgrass, salt marsh, mudflat, and oyster bed habitats. We also investigated sedimentation and carbon accumulation rates and potential sources of organic matter in each habitat, and estimated the loss of blue carbon sequestration that has resulted from land reclamation for agriculture and current industrial activity in the estuary. Finally, we used our results to assess the contribution of blue carbon in the Cowichan Estuary to climate change mitigation by comparing annual sequestration of carbon dioxide equivalents (CO2e) in the estuary to that of British Columbia forests, and local and regional greenhouse gas (GHG) emissions.



Materials and Methods


Field Sampling and Sample Preparation


Sediment Cores

A series of cores was the primary source of samples for quantitative and qualitative assessment of blue carbon stores in Cowichan Estuary sediments. Sampling sites were chosen to be representative of the major habitat types in the Estuary, according to vegetation presence, vegetation type, tidal inundation, and anthropogenic disturbance. Habitat types were grouped as (1) salt marsh, (2) upper intertidal mudflat, (3) lower intertidal mudflat (the area affected by log booms and likely historical eelgrass habitat), and (4) eelgrass meadows in the lower intertidal zone (eelgrass also extended into the shallow subtidal zone). A total of eighteen sediment cores with 3-6 cores from each habitat type were collected from the Cowichan Estuary in May 2017 (Figure 1 and Table S1). At low tide, sediment cores were collected by slowly inserting acrylic core tubes (50 cm length, 7.62 cm inner diameter) into the substrate at each site. The insertion procedure permitted the collection of sediment cores without visibly disturbing or compacting strata. Core tube penetration ranged from 24 cm to 38.5 cm, depending on sediment compactness; therefore, 20 cm was set as the maximum depth for all analyses except radiometric dating. Immediately after collection, the sediment cores were extruded from their tubes and systematically sectioned at depth intervals of 1 cm from the core surface to 10 cm, and at 2 cm intervals from 10 cm to the bottom of the core. The wet weights and volumes of individual sediment sections were recorded, following which they were subsampled, sealed in plastic containers, transported to the laboratory and frozen at -80°C until further analysis.



Plant Biomass

Separate aboveground and belowground vegetation samples from the salt marsh and eelgrass meadow were harvested to quantify sequestered carbon in living plant material. Sampling methods were designed to minimize destructive impact on each vegetated ecosystem. In the eelgrass meadow, aboveground plant material (Zostera marina) was harvested in five 1 m x 1 m (1 m2) quadrats by cutting eelgrass shoots at ground-level, leaving the roots undisturbed. In addition, a small number of eelgrass shoots with intact roots (n = 8) were carefully extracted by hand. Total belowground eelgrass biomass was then estimated from the quantitative relationship between shoot and root biomass, adapted from the methods of Touchette et al. (2003) and described below. Aboveground salt marsh material, predominantly Lyngbye’s Sedge (Carex lyngbyei Hornem), was harvested by cutting shoots at ground level in five 0.25 m x 0.25 (0.0625 m2) quadrats. The denser belowground biomass in the salt marsh (roots and rhizomes) was estimated from material separated from sediment cores. Fine salt marsh root material could not be separated from sediments and was thus included in the analyses of salt marsh sediment organic material. Following sample collection, all plant material was rinsed with fresh water to remove sediments, carbonates, marine algae, detritus and other organisms, then oven dried and ground for OC estimation and elemental analysis as described for sediments below.



Oyster Beds

To quantify the bulk OC and IC stocks in the oyster shell beds, we collected oyster shell material and sediments from mapped oyster beds in the Cowichan Estuary. The high gravel content of the oyster bed sediments precluded coring, extruding, and fine-resolution depth sampling. Instead, belowground oyster shells and shell debris were isolated from triplicate 25 cm x 25 cm x 20 cm (0.0125 m3 volume) excavated pits by sieving, removing gravel (2-4 mm granule and 4-64 mm pebble), and then drying and weighing the shell material. Three sediment samples of known volume were collected from each 0.0125 m3 pit at 1 cm, 10 cm, and 20 cm depth intervals for bulk OC and sediment IC measurements. Sample volumes ranged from 25 – 45 cm3 and were thus large enough to estimate gravel as a proportion of total sediment volume. Aboveground oyster shell density and mean shell weight data from the 2017 survey were used to calculate total aboveground oyster shell mass and IC content. Intact aboveground oyster shells with all barnacles and oyster flesh removed from a 2017 survey (Schuerholz, 2018) were rinsed, dried at 65°C, and pulverized in a mortar and pestle before being assessed for IC as described below.




Habitat Map

To determine the areal extent of each habitat type in the Cowichan Estuary, we and the Cowichan Estuary Restoration and Conservation Association (CERCA) produced a Cowichan Estuary habitat map in September 2017. Briefly, we collected red-green-blue (RGB) imagery and global information system (GIS) data by flying an unoccupied aerial vehicle (UAV) over the extent of the Cowichan Estuary, in addition to collecting ground-based GPS control point data. Data were processed into point clouds and an orthophoto in Agisoft Photoscan software (Agisoft, St. Petersburg, Russia) using photogrammetry and Structure from Motion (SFM) image processing workflows. A 2-4 cm resolution orthophoto was produced for the entire estuary with the exception of privately-held land by Western Forest Products and the Westcan Terminal leased Crown land. Geo-referenced habitat polygons were delineated and classified by visual aerial photo interpretation in accordance with Canada’s Department of Fisheries and Oceans protocol for estuarine habitat mapping and verified using ground-based GIS waypoints. The total areal extent of each habitat type was calculated from the habitat polygons in ESRI ArcGIS® software. For more detail on the habitat mapping methodology implemented, see Schuerholz (2017).



Sediment Analysis


Bulk Density

The bulk density (BD) of each sediment section was determined from its calculated dry weight divided by its measured volume. The dry weight of each sediment section was calculated from the dry weight of a subsample from each section. First, frozen sediment sections were thawed and subsampled. Each subsample (≈ 4 g) was weighed wet, and then dried to a constant mass at ≤65°C and re-weighed. Then, the dry weight/wet weight ratio of each subsample was then used to calculate the dry weight of its corresponding sediment section, using the previously determined section wet weight. Wet sediment volume (V) of the core sections were determined from the core radius (r) and the section thickness (h) using the formula for the volume of a cylinder.



Grain Size

Particle size analysis by Laser Diffraction (Laser PSA) was performed on a subset of samples (n = 96), at the Natural Resources Analytical Laboratory, University of Alberta, Canada, according to their protocol. Briefly, organic matter and IC in dried sediments <2 mm were removed by the addition of hydrogen peroxide and HCl, respectively. Samples were then dispersed by soaking overnight in 1% sodium hexametaphosphate (Calgon). Using a Laser PSA instrument, a total particle size range of 0.017 – 2000 µm was determined. Results were reported as full particle size distributions and sand/silt/clay size fractions were reported as % volume/volume.



210Pb Sediment Dating

A subset of cores from each habitat type was selected for 210Pb radioisotope dating using alpha spectrometry, assuming that similar sediment deposition rates had occurred within the same hydrogeomorphic location. Samples were analyzed by Chronos Scientific Inc (Ottawa, Ontario) for radionucleotide analysis according to their protocol.




Carbon Stock Determinations

Sediment organic matter content was calculated as the weight loss on ignition at 550°C (LOI550) for 5 hours (e.g., Hoogsteen et al., 2015). In a second step, ashed samples of sediment and whole oyster shells were combusted at 950°C for an additional 2 hours to determine the IC content. Organic carbon content and total nitrogen content in a subset of sediment samples (n = 94) was directly determined by elemental analysis using an Elementar Vario MicroCube elemental analyser in continuous flow mode, in the Géotop Research Centre, at the Université du Québec à Montréal (Montréal, Canada). This carbon content was used to convert organic matter content (LOI550) to sediment OC (% by weight) in all samples (e.g., Prentice et al., 2020). Sediment OC density and sediment IC density were then calculated for each interval of the core sampled (e.g., Howard et al., 2014).

The mass of sediment OC and sediment IC in each core section sampled was calculated by multiplying each sediment carbon density value by the volume of the section (cm). To account for gravel in the oyster shell bed sediment, the volume of gravel in each sample was first measured by the water displacement method and then used to adjust sediment OC and sediment IC (Government of Western Australia, 2020). Core section totals to 20 cm depth were then added to determine the total mass of carbon in each core and converted into the Mg units (Tonnes) on a per hectare basis, as is commonly used in carbon stock assessment (Mg C/hectare(20cm)) (e.g., Howard et al., 2014). The total carbon in the top 20 cm of each habitat type was estimated as the product of total sediment OC and sediment IC per core by each habitat area.

To determine the OC contained in macroscopic plant biomass, harvested aboveground eelgrass and saltmarsh vegetation was first dried and weighed. For the intact eelgrass plants, roots were separated from shoots, dried separately, and used to determine the relationship between shoot and root biomass by fitting a linear regression to root and shoot dry weight data from the individual plants. The OC content (% by weight) of above- and below-ground plant material extracted from sediment cores was determined by elemental analysis, as described above. These values were then used to calculate the organic carbon content of dry harvested vegetation from the mean aboveground and belowground dry weights of the five quadrats, and then extrapolated to weights per hectare.

Total IC in aboveground oyster shells was determined from mean oyster shell IC content (% by weight) multiplied by the total shell weight of all oyster beds in the estuary, as estimated by Schuerholz (2017), based on mean oyster shell weight, mean oyster shell density, and total oyster shell bed habitat area.

Total ecosystem carbon stocks (TECS) were calculated for all habitats as described by Kauffman et al. (2020), where TECS are defined as the masses of all OC and IC in aboveground (vegetated habitats only) and belowground pools to a maximum depth of 20 cm, and expressed as:

	

where CAB is aboveground plant biomass C pool; CBB is belowground biomass C pool and CSOC is the sediment organic carbon pool.



Sediment Organic Carbon Burial Rates

Sediment organic carbon burial rates (Mg C ha−1 yr−1) were calculated using the same 210Pb methods employed by Greiner et al. (2013) with the following equation:

	

where SOC is sediment OC content (%), and MAR is sediment mass accumulation rate (g m−2 yr−1) derived from 210Pb sediment dating. Sediment OCburial of each habitat-specific core was then multiplied by the habitat area in order to determine total annual sediment carbon burial per habitat. The same method was used to calculate the burial rates for sediment IC.



Organic Matter Quality and Sources


Photosynthetic Pigments

Sediment samples for pigment analysis were thawed overnight and mixed thoroughly, then approximately 2 g aliquots were added to 10mL of refrigerated (4°C) 90% acetone in a 15-mL polypropylene centrifuge tube sonicated for 10 min, then incubated for 24 h in the dark at 2° C. The extracted samples were then centrifuged at 1500 rpm for 5 min. Supernatant containing extracted pigments was decanted into a clean 13 x 100 mm borosilicate culture tube. Concentrations of photosynthetic pigments (chl a and phæopigments) were then measured spectrofluorometrically according to Heiri et al. (2001). Standards were prepared using 90% HPLC grade acetone and pure chlorophyll a (chl a) extracted from Anacystis nidulans. Sediment pellets we reweighted after ≥ 4 days of drying.



C:N and δ13C

The molar ratio of the total OC and nitrogen contents was used as an indicator of organic matter origins from terrestrial or marine sources. C:N ratios were calculated from the above-cited elemental analyses. Selected sediment and vegetation tissue ‘end-member’ samples were analyzed to determine carbon stable isotope ratios δ13C, with the goal of identifying sources of OC stored in sediments. Dried, pre-weighed samples were analyzed at the Géotop Research Centre, at the Université du Québec à Montréal (Montréal, Canada), using a Micromass model Isoprime 100 isotope ratio mass spectrometer coupled to an Elementar Vario MicroCube elemental analyser in continuous flow mode.




Carbon Valuation and Greenhouse Gas Equivalents


Comparison to British Columbia Forests

Total Sediment OC stocks from the top 20 cm of the Cowichan Estuary habitats were compared to mature stands in the Pacific Northwest (PNW) as well as old- and second-growth forests of interior British Columbia (B.C.), Canada, as reported by Black et al. (2008). Soil OC represents 30-50% of forest TECS. Additionally, sediment OC burial rates in each habitat and the whole Cowichan Estuary were compared to a chronosequence of coastal Douglas-fir stands since 1998, ranging from clearcut-harvested stands which was a net source of carbon (~22 Mg CO2e ha-1 y-1) to ~15 Mg CO2e ha-1 y-1 carbon sequestration in a 50-60-year-old forest. Because B.C. forest soil OC stocks have been reported to a depth of 1 m, they were divided by five to estimate SOC stocks to a depth of 20 cm, assuming homogeneous sediment OC distribution to a depth of 1 m, for comparison with sediment OC stocks from this study.



Greenhouse Gas Equivalents

To estimate the potential contribution of organic carbon sequestration in the Cowichan Estuary to mitigating regional GHG emissions, sediment organic carbon accumulation rates in this study were converted to equivalents in annual emissions by motor vehicles and per capita emission by B.C. residents, both for the entire estuary and for the different habitats. The United States Environmental Protection Agency (EPA) estimates annual emissions from individual motor cars at 4.6 Mg CO2 yr-1 per vehicle, and B.C.’s annual emissions per capita are 12.6 Mg carbon dioxide equivalents (CO2e), not including transportation or air travel emissions (Business Council of British Columbia, 2019). Calculated carbon sequestration rates from this study were then converted to CO2e sequestration rates for regional-scale comparison with emissions from motor vehicles and residents.




Statistical Analysis

Sediment characteristics of the salt marsh, upper mudflat, lower mudflat, and eelgrass were compared statistically using R Studio version 1.3.1093 (cran.r.project.org). A Levene test of homogeneity of variance revealed that datasets had unequal variances. In addition, Shapiro–Wilk test showed that the datasets were not normally distributed, and the assumptions of the parametric t-test could not be met; thus, non-parametric tests were used. A Welch’s unequal variance t-test was employed to test for differences in the sediment characteristics between the habitats. Simple linear regressions and Pearson’s correlation were used to determine statistical relationship between sediment properties. Natural log transformations of datasets were used when required to satisfy the assumptions of linear regression. Significance level of α = 0.05 was set for all statistical analyses.




Results


Sediment Physicochemical Properties


Bulk Density

Sediment BD generally increased with depth in all habitat types. Mean sediment BD values in the upper 20 cm were significantly different between all habitats (Welch’s t-test, p < 0.05), most similar in the upper mudflat, lower mudflat, and eelgrass meadow, and notably lower in the salt marsh and at intermediate levels in the oyster shell beds (Figure 2 and Table S2).




Figure 2 | Sediment core profiles of average (A) bulk density, and (B) carbon content (% by weight) in the top 20 cm of cores from salt marsh (n = 4), upper mudflat (n = 6), lower mudflat (n = 5), eelgrass (n = 3), and oyster shell bed (n = 2) stations at all sampling sites. All data are presented as the mean ± standard error of the mean.





Sediment Organic Carbon

Concentrations of sediment organic matter and OC in the upper 20 cm were highest at the salt marsh stations (8.96 ± 1.06% organic matter and 4.47 ± 0.77% OC), with a slight increasing trend from the eelgrass (2.49 ± 0.084 and 0.53 ± 0.03%), to the lower mudflat (2.61 ± 0.10 and 0.57 ± 0.06%), and the upper mudflat (3.13 ± 0.28 and 0.86 ± 0.17%) stations. Sediment OC in the oyster shell bed sediments was 0.61 ± 0.08%, comparable to mudflat and eelgrass sediments. Across all habitats, an inverse relationship was observed between bulk density and sediment OC (p ≤ 0.05). None of the depth profiles for sediment OC concentration showed the typical exponential decay trend expected under steady-state conditions of sediment OC accumulation and decomposition (Berner, 1980; Hargrave and Phillips, 1989). Generally, sediment OC content (% by weight) varied little with depth with the exception of the salt marsh cores where sediment OC increased from 2 to 12 cm and decreased from 12 to 20 cm (Figure 2). As a result of this homogeneity along depth profiles, mean sediment OC values over the full 20 cm are used here for comparison between all cores. Generally, sediment OC was low in all habitats compared to similar habitats globally (Table 1).


Table 1 | Comparison of sediment organic carbon (SOC) concentrations (% by weight) and stocks (Mg C ha−1) at different salt marsh, mudflat and eelgrass environments.





Granulometry

Upper mudflat, lower mudflat and eelgrass sediments were mostly sandy (82.56 ± 1.41, 87.14 ± 1.28, and 94.17 ± 0.25% sand, Figure 3), with a small fraction of silt (<12%) and clay (<6%). Salt marsh sediments had the highest fraction of silt and clay (32.39 ± 2.13 and 8.87 ± 0.61%) and the lowest fraction of sand (58.74 ± 2.71%) compared to the other habitats. A general transition in mean grain size was observed from the high to the low intertidal zone, with decreasing clay and silt content and increasing sand content from salt marsh to lower mudflat stations. A positive relationship was observed between bulk density and percentage sand, as well as between sediment OC and clay and silt contents (p ≤ 0.05). Average gravel content in the oyster shell bed sediments was 41.4 ± 4.0%.




Figure 3 | Sediment grain size distribution in the top 20 cm of cores from salt marsh, upper mudflat, lower mudflat, and eelgrass stations at all sampling sites.






Carbon Stocks

Mean SOC stocks (i.e., the amount of OC stored per unit area, down to a fixed sediment depth) in the top 20 cm of sediment were comparable in the upper mudflat (19.30 ± 3.58 Mg C ha-1), lower mudflat (17.33 ± 3.17 Mg C ha−1) and eelgrass meadow (18.26 ± 0.86 Mg C ha−1) cores (Table 2S). Saltmarsh sediments had the highest per-hectare carbon content (58.78 ± 31.45 Mg C ha−1), approximately three-fold higher than all other habitats. When granule (2-4 mm) and pebble (4-64 mm) contents were accounted for, the oyster shell bed had a mean SOC stocks of 9.43 ± 1.50 Mg C ha−1, approximately half those of the mudflats and eelgrass meadow.



Sediment Accretion, Mass Accumulation, and Carbon Sequestration Rates

Sediment accretion, mass accumulation, and carbon accumulation rates could only be determined for salt marsh and eelgrass cores. The four mudflat cores analyzed showed no trends in 210Pbex activity with depth, and thus could not be dated using the CRS model (Table 2 and Figure 4). Successfully dated salt marsh and eelgrass cores had low 210Pbex activity ranges (0.12 to 10.30 and 0.86 to 5.13 Bq kg-1, respectively) which resulted in high uncertainty values for sediment accretion, mass accumulation, carbon accumulation, and dates.


Table 2 | Excess 210Pb (210Pbex) activity, depth of 210Pbex, sedimentation rates and carbon accumulation rates calculated with CRS dating model for each core with positive excess 210Pb activity values, representing an approximately 100-year timeframe.






Figure 4 | Excess 210Pb activity per unit mass of sediment (Bq kg-1) depth profiles of sediment cores from the Cowichan Estuary. Panels (A) (salt marsh) and (B) (eelgrass) show natural log transformations of excess 210Pb (210Pbex) and linear regression lines used to estimate sediment accretion rate (SAR). Panel (C) shows natural log transformations 210Pbex in mudflat cores C2, C3, C4, and C6, which were respectively collected from low to high tidal inundation, omitting values equal to or below the supported “background” 210Pb threshold for each core.



The salt marsh and eelgrass cores analyzed were both 32 cm in length. The maximum depth of excess 210Pb (210Pbex) was 28 cm in the salt marsh core, corresponding to the year 1877 ± 52 years. The sediment accretion rate in the salt marsh core ranged from 0.095 to 0.733 cm yr-1 with an average 0.328 ± 0.103 cm yr-1. Carbon accumulation rates ranged from 27 ± 19 to 122 ± 24 g C m-2 yr-1, averaging 68 ± 21 g C m-2. The maximum depth of 210Pbex in the eelgrass core was also 28 cm, with sediments at that depth dating from the year 1914 ± 31 years. Accretion rates in the eelgrass sediment ranged from 0.078 ± 0.038 to 0.900 ± 0.662 cm yr-1 at an average of 0.465 ± 0.317 cm yr-1, while carbon accumulation rates ranged from 7 ± 3 to 68 ± 50 g C m-2 yr-1, averaging 38 ± 26 g C m-2.



Aboveground and Belowground Biomass and Organic Carbon in Macroscopic Plant Material

The mean aboveground (herbaceous mass) and belowground (root mass) biomass stocks of the Z. marina that dominated the seagrass sites were respectively 0.44 ± 0.059 and 0.39 ± 0.077 Mg ha-1, with area-integrated biomass stocks of 7.91 ± 1.07 Mg and 6.97 ± 1.39 Mg. Eelgrass biomass carbon stocks were 0.087 ± 0.012 and 0.074 ± 0.011 Mg C ha-1 in the below- and aboveground biomass, with area-integrated stocks of 1.57 ± 0.21 and 1.50 ± 0.20 Mg C (Table 3). The aboveground and belowground biomass stocks of the salt marsh dominated by Lyngbye’s sedge (Carex lyngbyei Hornem) were 4.67 ± 0.74 and 18.27 ± 7.02 Mg ha-1. The salt marsh had area-integrated biomass stocks of 443.51 ± 70.56 aboveground and 1728.33 ± 655.17 Mg belowground, with average biomass OC stocks of 1.34 ± 0.21 and 7.144 ± 2.74 Mg C ha-1, and area-integrated biomass carbon stocks of 126.53 ± 20.13 and 675.84 ± 259.61 Mg C. Total area-integrated biomass for both vegetated habitats was 805.44 Mg (see individual habitat stock values for associated standard errors).


Table 3 | Total organic carbon (OC) stocks in salt marsh and eelgrass plant biomass.





Total Ecosystem Carbon Stocks

The term total ecosystem carbon stock (TECS) is defined here as the total sediment and vegetation OC stock per unit-area, excluding IC to remain consistent with established definition of ecosystem carbon stocks used by other contemporary blue carbon studies (Kauffman et al., 2020; Sharma et al., 2020). The TECS in the salt marsh was 67.26 Mg C ha-1 (1.34 ± 0.21, 7.144 ± 2.74, and 58.78 ± 14.19 Mg C ha-1, respectively, for aboveground biomass, belowground biomass and sediment) (Table 2S, Table 3 and Figure 5). The TECS were 19.30 and 17.33 Mg C ha-1, respectively, in the upper mudflat and lower mudflat, and 21.33 Mg C ha-1 in the eelgrass meadow (1.57 ± 0.21, 1.50 ± 0.20, and 18.26 ± 3.17, respectively, for aboveground biomass, belowground biomass and sediment). The oyster shell bed TECS was 9.43 ± 1.50 Mg C ha-1, all of which was accounted for in the sediments. Carbon stocks in the salt marsh were generally three-fold higher than all other habitats, which were all approximately equal. Sediment OC stock dominated the total carbon storage in the eelgrass meadow, with combined aboveground and belowground biomass constituting 0.48% of TECS. In contrast, the salt marsh had the highest biomass contribution relative to total ecosystem carbon (12.61%).




Figure 5 | Comparison of the total biomass and sediment organic carbon (OC) stocks in the salt marsh, upper mudflat, lower mudflat, eelgrass meadow, and oyster shell beds of the Cowichan Estuary. Panel (A) is per-hectare sediment and vegetation biomass organic carbon stocks; Panel (B) is total area-integrated sediment and vegetation biomass OC stocks. Bars represent standard errors.



When per-hectare TECS was multiplied by the area of each of the intertidal habitats, the upper mudflat total covered 52% of the land area (191 ha) and contained approximately 32% (3718.72 Mg C) of the Cowichan Estuary carbon stock (Table 2S and Figure 5). The salt marsh accounted for 25% (95 ha) of the land area, but 51% (6362.49 Mg C) of the TECS. The lower mudflat and eelgrass grass meadow respectively accounted for land areas of 16% (60 ha) and 5% (18 ha), contributing 9% (1085.85 Mg C) and 3% (330.20 Mg C) of the TECS, respectively. The oyster beds accounted for approximately 2% of the estuary area and 0.65% (59.4 Mg C) of the TECS.



Organic Matter Characterization and Sources


Photosynthetic Pigments

At the saltmarsh sites, the depth-integrated total photosynthetic pigment concentration was 15.84 ± 2.44 μg/g, with a surface concentration of 35.77 ± 16.38 μg/g. The eelgrass sites had similar average depth-integrated and surface total pigment concentrations of 11.41 ± 1.23 and 34.78 ± 0.77 μg/g, respectively (Table S3 and Figure 6). Pigment concentrations in upper and lower mudflat sediments were similar, and notably lower than those of the vegetated habitats, for both the depth-integrated (6.69 ± 0.58 and 6.58 ± 0.58 μg/g) and surface layer (14.65 ± 2.10 and 14.35 ± 4.67 μg/g) measures.




Figure 6 | Photosynthetic pigment depth profiles in the top 20 cm of sediment of the Cowichan Estuary: (A) chlorophyll a (chl a) (μg/g dry sediment); (B) Phæopigment (μg/g dry sediment); (C) Total pigment (μg/g dry sediment); (D) Chl a/phæopigment ratio. Horizontal bars represent standard errors.



Depth-integrated chl a concentration increased from lower mudflat (1.55 ± 0.19 μg/g) to upper mudflat (2.49 ± 0.32 μg/g) stations, and eelgrass meadow (2.63 ± 0.37 μg/g) to the salt marsh (4.05 ± 1.02 μg/g). This trend of increasing chl a from low- to high-intertidal and unvegetated to vegetated habitats was more obvious in surface chl a, which increased from 4.43 ± 2.04 μg/g in the lower mudflat, to 8.80 ± 2.08 μg/g in the upper mudflat, 10.02 ± 0.81 μg/g in the eelgrass meadow, and 18.13 ± 7.074 μg/g in the salt marsh.

Surface sediment chl a/Phæopigment ratios were highest in the upper mudflat (1.67 ± 0.28), followed by the saltmarsh (1.47 ± 0.59). Lower mudflat and eelgrass sites had the lowest surface chl a/Phæopigment ratios (0.45 ± 0.097 and 0.41 ± 0.037).



C:N and δ13C

Ranges of C:N ratios and δ13C in cores from this study reflect the mixed nature of organic inputs in these sediments with both terrestrial- and marine-derived material (Table 4 and Figure 7). The highest average δ13C enrichment (-22.6 ± 0.4 ‰) and lowest C:N (10.9 ± 1.2) were found in the eelgrass sediments suggesting a relatively high contribution of marine-derived OM and buried Z. marina biomass (McPherson et al., 2015). In contrast, salt marsh sediments were composed of more terrestrial material with the lowest δ13C enrichment and highest C:N (-26.5 ± 0.1 ‰ and 20.2 ± 0.8) compared to the other habitats. The lower mudflat had slightly lower δ13C (-25.8 ± 0.2 ‰) and higher C:N (12.2 ± 1.1) than the upper mudflat (-24.5 ± 0.1 ‰ and 11.7 ± 0.6), possibly reflecting the input of woody debris from log booms in the low intertidal zone.


Table 4 | Mean organic and nitrogen contents, CLN ratio, and δ13C signatures in biomass, surface sediment (1 cm), and top 20 cm of sediment from salt marsh, upper mudflat, lower mudflat, and eelgrass meadow in the Cowichan Estuary.






Figure 7 | Relationship between C:N ratio to sediment properties: (A) chlorophyll a (chl a)/phæopigment ratio vs. C:N ratio, with hatched line on the x-axis to denote generally labile (C:N <10) and recalcitrant (C:N >10) material; (B) δ13C vs. C:N ratio plot of sediment cores collected from the Cowichan Estuary, with dark-purple labelled points denoting vegetation end-members from the Cowichan Estuary, with phytoplankton and microphytobenthos (MPB) δ13C and C:N estimates from literature (Redfield et al., 1963, France, 1995). The hatched line on the y-axis denotes marine (δ13C <23‰) and terrestrial (δ13C >23‰). Ellipses delineate the 95% confidence interval for each of the habitats, assuming a multivariate t distribution.






Sediment and Oyster Shell Bed Inorganic Carbon Stocks

Inorganic carbon stocks, outside of the oyster shell beds, exhibited a generally positive relationship with tidal inundation, ranging from 6.26 ± 0.90 Mg C ha-1 in the salt marsh and increasing to 11.15 ± 1.24 Mg C ha-1 in the lower mudflats (Figure 1S and Table 2S). Statistically significant differences were found in the sediment IC densities between the salt marsh and all other all other habitats, as well as between the upper- and lower-mudflats, the eelgrass and lower mudflat, and the eelgrass and the oyster shell beds (Welch’s t-test, p < 0.05). Together, the two mudflat IC stocks (1550.4 ± 117.2 and 669.0 ± 74.5 in the upper- and lower mudflat, respectively) contribute ~68% of the IC in the Cowichan Estuary, with the salt marsh and eelgrass meadow respectively accounting for 18% (591.9 ± 84.8 Mg C) and 5% (283.7 ± 19.2 Mg C).

The oyster shell beds represented approximately 9% (434.19 Mg C) of the IC in the intertidal sediments of the estuary despite covering under 2% of the intertidal area. Inorganic carbon accounted for 11.43 ± 0.11% of the shell material. Mean per-hectare aboveground oyster shell IC stock was 37.01 ± 0.34 Mg C ha-1 and the total aboveground oyster shell IC stock for all of the oyster beds was 233.19 ± 2.16 Mg C. With buried shell material included in sediment IC (% by dry weight), the oyster shell bed sediments were statistically distinct from all other habitat types and mean per-hectare sediment IC stocks were highest in the oyster shell beds (31.91 ± 3.04 Mg C ha-1).



Blue Carbon Valuation


Comparison With B.C. forests

The Cowichan Estuary salt marsh per-hectare sediment OC stock is up to to five and three times higher than values reported, respectively, for second- and old-growth forest in the interior of British Columbia, and comparable with the lower range of values for mature stands of Pacific Northwest coastal forest (Table 5). Cowichan Estuary eelgrass and mudflat per-hectare sediment OC stocks are approximately 1.5 times higher than to those of second growth forests and the lower limit of old growth forests of interior B.C., and around two times lower than estimates for mature stands of Pacific Northwest coastal forest.


Table 5 | Comparison of sediment organic carbon (SOC) stocks, reported as carbon dioxide equivalents (CO2e), in the top 1 m of Cowichan Estuary salt marsh and eelgrass meadow, mature stands in the Pacific Northwest (PNW), old- and second-growth forests of interior British Columbia, Canada.





Carbon Sequestration

Estimated areal rates of carbon sequestration for salt marsh and eelgrass meadow in the Cowichan Estuary were respectively 64.53 ± 19.87 and 6.84 ± 4.68 Mg C ha-1 y-1, similar to a 20-year-old stand of forest on coastal Vancouver Island, British Columbia. Together, these two blue carbon habitats (salt marsh and mudflat) in the Cowichan Estuary would have the capacity to sequester the annual equivalent emissions of 133 ± 72 vehicles and 49 ± 26 B.C. residents (Table 6).


Table 6 | Total annual carbon sequestration per habitat in the Cowichan Estuary compared to annual motor vehicle and B.C. resident CO2 emission equivalents (CO2e).







Discussion


Evidence for Strong Hydrodynamics

We observed a number of habitat-related trends in sediment bulk properties in the Cowichan Estuary that we attribute to hydrodynamics. Most distinct were sediments from the salt marsh, where the high intertidal location and thick vegetation would act to minimize wave and current forces, compared to non-vegetated habitats and habitats lower in the intertidal zone. Salt marsh sediments were relatively carbon-rich, and high in moisture (low bulk density) and fine particles. In contrast, mudflat and eelgrass sediments had notably lower organic carbon and moisture contents, and a high percentage of sand. Alone, the relatively homogenous organic carbon profiles in the mudflat sediments could also be attributed to an irregular supply of organic matter or irregular rates of degradation (Alongi et al., 1996, Ruiz-Fernández et al., 2018). However, when combined with the non-trending 210Pb depth profiles and the high percentage of coarser particles mixing and erosion forces are the most likely explanation (Winterwerp and Van Kesteren, 2004; Jacobs et al., 2011; Zhou et al., 2016). In addition, decreased chl a in the surface sediments of the lower mudflats suggests that sediment instability may inhibit the formation of cohesive surface biofilms by epiphytobenthos (Cahoon, 1999; Blanchard et al., 2000; de Brouwer et al., 2000). The down-core trends in the eelgrass sediments also provide evidence for hydrodynamic mixing, possibly dampened by the vegetation. There was no depth-related organic matter decay trend in the eelgrass sediments. However, there was a discernible down-core trend in excess 210Pb in the eel grass sediments that was weaker than the trend observed in the more thickly vegetated salt marsh.

Across intertidal ecosystems globally, reworking of sediment through burrowing and feeding activities of macrofauna, as well as an overabundance of bioturbators in some estuaries, can contribute to substantial remineralization of organic matter (Bentley et al., 2014; Coverdale et al., 2014). However, bioturbation rather that abiotic reworking is less likely to be the primary cause of sediment mixing in the Cowichan Estuary, as few potentially bioturbating macrofauna were observed in the mudflats during coring operations and other field activities. While interannual fluctuations in invertebrate species richness is common, the total macrofauna abundance and biomass is generally less pronounced (Beukema et al., 1993). Seasonally, a pattern of increasing invertebrate abundance has been observed in late spring and early summer in temperate estuaries (Ysebaert, 2000). Sediment cores in this study were collected in May when macrofauna abundances would have likely been relatively high, yet sieved cores only occasionally produced polychaetes or crustaceans. Macrofaunal abundance may therefore be generally low in the Cowichan Estuary. Characterizing the exact role of bioturbation in sediment reworking in the Cowichan Estuary would require more detailed investigation of macrofauna species richness, biomass, and seasonal dynamics.

Cowichan Bay lacks a sill or any other geological features to shelter it from high-energy wave and current action from outside waters in the adjacent Satellite Channel. The Cowichan Estuary is exposed to strong tidal currents, and the associated mixing is known to play an important role in controlling water mass exchange (Davenne and Masson, 2001). A 1984 survey of the surface sediments of Cowichan Bay reported predominantly sandy sediments in most of the intertidal sample sites (>50–90% sand, n = 22 sites) and muddy sediments in the subtidal area extending into Satellite Channel (Luternauer, 1984), suggesting a hydrodynamic that favours the deposition of fine-grained sediment to the subtidal seafloor rather than within the estuary. Furthermore, Saanich Inlet, 6 km to the southeast of the Cowichan Estuary, receives the majority of its deposited terrigenous sediment from the Cowichan River via Satellite Channel (Gucluer and Gross, 1964). Erosion and/or export in the Cowichan Estuary may be enhanced by its many secondary distributary channels, as similar high sand content and deposition of coarse particles have been noted in sediment columns collected close to estuarine channels that are influenced by increased hydrodynamic energy conditions and tidal currents (Boldt et al., 2013; Nayak et al., 2018).

The observed patterns of decreasing total photosynthetic pigments, chl a, and chl a/phaeopigment ratios with depth at all stations offer insight into the relative time scales for the proposed hydrodynamic sediment mixing. Chlorophyll a is an indicator of fresh, recently produced and labile organic material (Gacia et al., 2002), as opposed to 210Pbex and bulk sediment organic matter that degrade over longer periods of time (Fry et al., 1977; Arias-Ortiz et al., 2018). As such, deposited chl a is likely degrading in the sediment faster than the sediment is being mixed vertically, resulting in a vertical decrease in chl a despite evidence of mixing in the profiles of sediment OC and other bulk properties (Figure 8). In both the datable sediment cores from the vegetated habitats and the non-datable cores from the mudflats, 210Pbex activity was detectable to a depth of 28 cm, except for a lower mudflat core that lacked 210Pbex activity below 14 cm. This depth threshold for 210Pbex activity suggests the effects of sediment mixing in the mudflats do not occur deeper than 28 cm. While hydrodynamic-driven mixing does not necessarily penetrate up to 28 cm below the sediment surface, sediments at these depths have not been isolated from atmospheric input for sufficient time to produce statistically significant trends in 210Pbex activity compared to the ~100-year-old sediment below this depth threshold. In the mudflats and eelgrass, this rate of mixing over the past ~100 year may be faster than the rate of measurable sediment OC loss, so that mixing obscures any evidence of decomposition (i.e., exponential decrease in sediment OC to the measured depth of 20 cm). In the eelgrass, the effects of hydrodynamic mixing may be dampened enough to allow for a detectable 210Pbex decay profile to develop over the past ~100 years, but sediment instability and reworking over a longer time period prevent a sediment OC decay to develop in the anoxic sediments. As such, the establishment of photopigment decay profiles is likely to precede the rate at which mudflat sediments are mixed and measurable sediment OC decomposition can be detected. In the salt marsh, where the better defined 210Pbex decay profile indicates more sediment stability than the eelgrass sites, the presence of refractory roots add another level of complexity to interpreting sediment OC trends since they are not expected to decay in the same manner as the more labile sediment OC in the other habitats, and furthermore involve substantial photosynthetic pumping of sediment OC to depth in the sediments (Vaughn et al., 2020).




Figure 8 | Influence of hydrodynamic sediment mixing and relative rates of decay on profiles of chlorophyll a, excess 210Pb, and bulk sediment organic carbon (OC) in deposited sediments in an intertidal system. Panel (A) shows idealized depth profiles with steady-state sediment accumulation where hydrodynamic mixing is minimal, resulting in exponential decay of (1) chlorophyll a followed by (2) excess 210Pb and (3) organic matter decomposition; Panel (B) shows typical depth profiles in a system like the Cowichan Estuary where physical mixing is strong on unvegetated mudflats (dashed blue profiles), and dampened increasingly by eelgrass (dashed red profiles) and salt marsh vegetation (solid black profiles).





Organic Carbon Stocks

Ecosystem organic carbon stocks in the Cowichan Estuary were dominated by sediment organic carbon which accounted for 87-100% of total organic carbon stocks in the different habitats. Above- and belowground macroscopic plant material was not the primary contributor to ecosystem carbon stocks in either of the vegetated habitats. The high organic carbon concentrations in the salt marsh sediments resulted in a total area-integrated carbon stock that was approximately equal to that of the upper and lower mudflats combined, despite the spatial extent of the salt marsh being only about one third that of the mudflats. A substantially higher amount of plant biomass was observed in the saltmarsh compared to the eelgrass, especially in the root material. The eelgrass had a shoot:root ratio of approximately one, whereas the salt marsh had nearly five times as much macroscopic root biomass as aboveground herbaceous plant material, consistent with other studies reporting similar high belowground compared to aboveground salt marsh biomass (Valiela et al., 1976; Valiela et al., 1978; Tripathee and Schäfer, 2014). In salt marsh sediments, root material too fine to be separated from the sediment likely contributed to the high organic matter and low bulk density in cores, relative to the other habitats (Turner et al., 2004).

Salt marsh sediment organic carbon stocks were in the middle of the range reported for similar habitats globally (Table 1), with the exception of some values reported for coastal Australian salt marshes, which were up to eight times higher than reported here (Macreadie et al., 2017b). Closer to the Cowichan Estuary, a multi-site blue carbon survey in the US Pacific Northwest yielded average salt marsh carbon stock estimates similar to ours (Kauffman et al., 2020). That study also separately sampled low marsh and high marsh areas, and reported 37% greater carbon stocks in high marsh compared with low marsh sediments. All of our saltmarsh cores from the Cowichan Estuary were collected from the lower marsh, which is predominantly populated by Lyngbye’s sedge and submerged at high tide. Extrapolations to the entire salt marsh area may not accurately represent carbon storage nearer the riparian zone where bulrush (Typha sp., Bolboschoenus maritimus), and cordgrass (Spartina patens) are more abundant.

Compared to global averages for seagrasses, eelgrass carbon stocks measured here were low. However, such comparisons should be made with caution since global data are disproportionately dominated by tropical and subtropical seagrass species such as Posidonia oceanica, which can form thick, dense mats of roots and rhizomes and sequester orders of magnitude more carbon (Mateo et al., 1997; Gacia et al., 2002; Serrano et al., 2012). Other studies of temperate Z. marina meadows have reported average sediment organic carbon concentrations, carbon stocks, and sequestration rates (Table 1 and Table 7) similar to what we observed in the Cowichan Estuary (Ruesink et al., 2010; Yang et al., 2013 and Ruesink et al., 2015). Several species-specific morphologies and habitat requirements have been proposed to explain low sediment organic carbon stocks in Z. marina meadows, including a low tolerance by the plant of sediment organic matter accumulations (Barko and Smart, 1983; Batiuk et al., 2000), sub-optimal light conditions in many temperate ecosystems, as well as seasonal Z. marina biomass patterns (Laugier et al., 1999). In a compilation of data from multiple studies worldwide, Fourqurean et al. (2012a) showed that the large majority of Z. marina are found in sediments with low organic carbon levels (average 2.5%). Whatever the underlying reason(s), our results agree with a growing literature consensus that low carbon stocks in Z. marina meadows are not anomalous but rather represent the carbon sequestration capacity of healthy Z. marina.


Table 7 | Global sediment OC (SOC) sequestration rates reported for salt marshes and seagrasses globally, and carbon sequestration rates reported for Z. marina in the Northern Hemisphere.



Despite low carbon burial levels, high annual rates of net primary productivity (NPP) have been reported for Z. marina in nearby Puget Sound, WA (Thom, 1990). Part of this discrepancy can be explained by high rates of decomposition (Kairis and Rybczyk, 2010) and export of plant material. Since NPP in seagrass meadows is often greater than can be degraded or stored within the system, particulate and dissolved OC may be exported to adjacent coastal seawaters and sediments in a process known as “outwelling” (Odum and de la Cruz, 1967; Meziane et al., 1997; Meziane and Tsuchiya, 2000). Leaf shedding, which can be enhanced during strong hydrodynamic events (Cebrián, 2002), can cause aquatic macrophytes like Z. marina to export nutrient-rich detritus to neighbouring coastal systems (Pollard and Moriarty, 1991). In the K’ómoks Estuary on Vancouver Island, eDNA analysis revealed sloughed Z. marina material persisting along the approximately 500 m long wrack line, a fronting saltmarsh and a non-seagrass vegetated area (Hintz et al., 2016). Grazing and movement of macrobenthos such as crustaceans and snails also facilitate export of primary products, littoral particulate organic matter and biodeposits (Kharlamenko et al., 2001). Duarte and Cebrian (1996) reviewed carbon budgets for a variety of coastal habitats and estimated that seagrass ecosystems on average export 24.3% of their total NPP, with 50.3% lost to decomposition, 18.6% to herbivory, and only 15.9% stored in seagrass bed sediments.

To further investigate the effect of losses from outwelling, decomposition and herbivory on the carbon sequestration capacity of Z. marina in the Cowichan Estuary we applied a two-source mixing model (Phillips and Gregg 2003; Limén et al., 2007) to our δ13C data. The model enabled us to quantify the contribution of eelgrass tissue (shoots) to organic matter in the eelgrass sediments. The two δ13C endmembers were eelgrass shoots (-12.2‰) and organic carbon in lower mudflat sediments (-25.8‰) that was sampled outside of the eelgrass meadow (Table 4). The percentage contribution of eelgrass shoots to sediment organic carbon in the eelgrass meadow was determined by solving for x in the following equation:

	

Sedeg, sediment in eelgrass meadow; Sedlm, lower mudflat sediment; EGsh, eelgrass shoots. The mixing model result indicated that 23.4% of the organic carbon in the eelgrass sediment could come from eelgrass shoots, with the remaining 77% from other sources, the same sources supplying the lower mudflat sediments outside of the eelgrass meadow. Eelgrass roots had a similar δ13C signature (-12.0‰) to shoots and yielded a nearly identical result (23.2% contribution) when used in the mixing model in place of eelgrass shoots.

The non-depositional nature of the mudflat sediments may account for the observed lower carbon stocks compared with global averages. Several publications have reported sequestration capacities of intertidal mudflats to be comparable to adjacent vegetated habitats (Sanders et al., 2010; Phang et al., 2015). For example, Phang et al. (2015) reported nearly equal carbon stocks in seagrasses (138 Mg C ha-1) and mudflats (124–143 Mg C ha-1) in a Singaporean estuary. In the Cowichan Estuary, a considerable portion of organic matter that would accumulate on the mudflats under less vigorous hydrodynamic conditions, may instead be exported and deposited elsewhere, such as on the subtidal seafloor in outer Cowichan Bay, where accumulations of fine-grained sediment have been noted (Luternauer, 1984).



Carbon Sequestration Rates in Vegetated Habitats

The sediment accretion rates determined from the 210Pb profiles in cores from the vegetated habitats, together with corresponding sediment carbon density measurements, permitted the calculation of carbon accumulation rates for the seagrass meadow and the salt marsh in the Cowichan Estuary. The generally low levels of excess 210Pb in sediments of these two habitats introduce a degree of uncertainty, and differences in sedimentation rates between the salt marsh and the eelgrass meadow should be interpreted with caution.

The higher organic carbon content of the salt marsh sediments in Cowichan Estuary resulted in this habitat having a higher carbon accumulation rate (68.2 ± 21 g C m-2 yr-1) than the eelgrass (38 ± 26 g C m-2 yr-1), despite having a slightly lower sediment accretion rate and mass accumulation rates (Table 2). The salt marsh carbon accumulation rate reported here is approximately one third of the global average (Table 1). However, there is a wide range of carbon sequestration rates in salt marshes in the global data set (18 to 1713 g C m−2 yr−1), and an underrepresentation of saltmarshes within the Pacific Northwest climate zone (Kauffman et al., 2020).

The average carbon accumulation rate estimated for the eelgrass meadow (38 ± 26 g C m-2 yr-1) was below the range reported globally for all seagrass species (45 to 190 g C m-2 yr-1) but comparable to or higher than average carbon sequestration rates reported in other Z. marina meadows (Table 7). Spooner (2015) reported Z. marina carbon accumulation rates three times lower (ranging from 0 to 13 g C m-2 yr-1) in the K’ómoks Estuary on Vancouver Island, located 170 km north of the Cowichan Estuary. Similarly, carbon accumulation rates of 3.13 to 11 g C m-2 yr-1 have been found in Z. marina meadows in Japan (Miyajima et al., 2015) and Padilla Bay, Washington State (Poppe and Rybczyk, 2018). Greiner et al. (2013) measured a carbon accumulation rate of 36.68 g C m-2 yr-1 Z. marina meadow in coastal bays of the US state of Virginia which had undergone restoration.



Blue Carbon Sources in the Cowichan Estuary

Between-habitat comparisons of sediments photosynthetic pigment concentrations, C:N ratios and δ13C values provide some insights into the primary sources of organic carbon stocks for each habitat.

Beginning with the unvegetated upper and lower mudflats, we interpret the contrasting photopigment profiles between the two habitats to indicate that the upper mudflat had a more developed microphytobenthos than the lower mudflat. This is consistent with other studies that report a positive relationship between MPB biomass and emersion duration due to the increased exposure to favourable ambient conditions (i.e., light, warm temperatures, gas exchange into/out of biofilms) for MPB photosynthesis within the upper intertidal zone (van der Wal et al., 2010; Schnurr et al., 2020). In addition, in surface sediments (upper 1 cm), where microphytobenthos would be concentrated, chl a/phæopigment ratios were highest in the upper mudflat compared to all other habitats including the saltmarsh, indicating fresher OM in the upper mudflat relative to other habitats in the estuary. In contrast, the lower mudflat had the lowest total photopigment and chl a concentrations and the lowest chl a/phæopigment ratios. Microphytobenthos biomass in the Cowichan Estuary mudflats is low compared to similarly sandy estuarine sediments in the region. Ten cm depth-integrated chl a values in the Cowichan Estuary, converted from concentration per unit sediment dry weight calculations, were 377 ± 53 mg m−2 (177–539) in the upper mudflats and 207 ± 34 mg m−2 (132–310) in the lower mudflats. In contrast, Yin et al. (2016) reported 10 cm depth-integrated chl a values averaging 2,044 mg m–2 (160–4,200) and 882 mg m−2 (183–2,569) at two sandy sites in the Fraser River Estuary (across the Strait of Georgia from the Cowichan Estuary), much higher than at two muddy sites in the Fraser River Estuary, which had average chl a concentrations of 84 mg m−2 (41–174) and 235 mg m−2 (77–854).

The extremely high C:N ratios (C:N ≥ 190) of woody debris samples collected from mudflat sediments could have provided a means of identifying potential contributions of woody debris from log storage activity to sediment carbon storage in the estuary. However, there were no significant differences (Welch’s t-test, p = 0.68) in C:N ratios between the lower mudflat sediments (12.2 ± 1.1), where log boom activity was located, and sediments of the upper mudflat (11.7 ± 0.6). This observation excludes woody debris from log storage as a significant contributor to carbon storage in the estuary.

Consideration of only C:N ratios in salt marsh samples could lead to the conclusion that nitrogen-poor root material was likely responsible for the salt marsh sediments having the highest C:N ratio (20.0 ± 0.8) of all habitats. Sampled, larger pieces of macroscopic root material had a notably high C:N ratio (64.2 ± 8.84). However, a similar influence of the distinct δ13C signature of root material (-22.1 ± 1.45) was not apparent in the salt marsh sediment δ13C signature (-26.5 ± 0.1), which was indistinguishable from that of the aboveground saltmarsh vegetation (-25.6 ± 3.04). This leads us to suggest that our analysis of macroscopic root material may not have captured the stable isotope and C:N properties of the visibly abundant fine root material that was likely responsible for the high water and carbon contents of the salt marsh sediments. Compared to the other habitats, salt marsh sediment also had a δ13C signature that was the most consistent with terrestrial vascular plant material, which is generally between −25‰ and −28‰ (Burdige, 2005). As such, the Lyngbye’s sedge (Carex lyngbyei) growing on the lower salt marsh where we collected cores is a C3 plant and likely a dominant source of the refractory, terrestrially derived material found in the salt marsh sediment.

Sediments in the eelgrass meadow were nitrogen rich (C:N = 10.9 ± 1.2), in comparison to samples of eelgrass shoots and roots whose C:N ratios were respectively 16.1 ± 1.08 and 38.7 ± 0.6, consistent with reported values for Z. marina leaf biomass (C:N ratio = 19.7) and root-rhizome biomass (C:N ratio = 31.62) (Duarte, 1990; Pedersen and Borum, 1992; Fourqurean et al., 1997). The lower C:N ratio in the Cowichan Estuary eelgrass meadow sediments likely result from limited burial of Z. marina debris and a predominant input of the same nitrogen-rich, marine-derived material (microphytobenthos and phytoplankton) that accumulates in the mudflat sediments.

As discussed above, the stable isotope data indicate that eelgrass tissues make a minor but notable contribution to blue carbon storage in the eelgrass meadow. We were able to make this determination because of the enriched δ13C signature of eelgrass shoots and roots, compared with other potential carbon sources in the estuary. As a polyphyletic group of aquatic angiosperms with C3 or C3-C4 intermediate metabolisms (Touchette and Burkholder, 2000), seagrasses have much heavier isotopic signatures than terrestrial C3 plants (Peterson and Fry, 1987), ranging from -23‰ to -3‰ (Hemminga and Mateo, 1996). Z. marina in particular generally has high 13C enrichment, with δ13C values in the range of -7 to -12 ‰ in leaves and rhizomes (Kim et al., 2014; McPherson et al., 2015), which are typically heavier than values reported for marine phytoplankton (-22 ± 3 ‰) and marine macroalgae (-20 ‰ to -15 ‰), and MPB (-17 ± 4 ‰) (France, 1995). The end member isotopic signatures for Z. marina shoot and roots here were respectively -12.2 ± 0.80 ‰ and -12.0 ± 0.24 ‰. It is more likely that organic matter in the eelgrass sediment originates from a mixture of marine microalgae (phytoplankton and MPB), with a possible but less significant input of terrestrially-derived OM.



Sediment and Oyster Bed Inorganic Carbon Stocks

Particulate inorganic carbon (PIC) in the form of calcium carbonate (CaCO3) often accumulates in the sediments of blue carbon ecosystems in addition to photosynthesized particulate organic carbon (POC) (Macreadie et al., 2017c). While PIC can represent a substantial carbon stock, the precipitation CaCO3 can result in the depletion of carbonate () and reduction of total alkalinity (TA) in the water column, facilitating the return of CO2 to the atmosphere (Ware et al., 1992; Saderne et al., 2019). Specifically, the production of one mole of CaCO3 consumes two moles of TA and one mole of dissolved inorganic carbon (DIC), thereby increasing the partial pressure of carbon dioxide (pCO2) and potentially resulting in CO2 supersaturation and increased flux to the atmosphere. Because of this, there is concern that CaCO3 precipitation partially offsets the sequestration of OC in blue carbon ecosystems and the current, rapid expansion of blue carbon scientific literature and CO2 offset schemes report only organic carbon while omitting calcium carbonate cycling and sequestration (Macraedie et al., 2017b).

The relationship between carbonate precipitation results and net release of CO2 is defined as the molar ratio of CO2 flux: CaCO3 precipitation (Ψ) (Frankignoulle et al., 1994; Mazarrasa et al., 2015). Shallow-water coastal ecosystems may accumulate approximately two thirds of precipitated CaCO3 in the benthic sediments, theoretically acting as net CO2 sources with equal Ψ values for CaCO3 precipitation and dissolution. However, the strong net primary production in these coastal areas may compensate for increases in pCO2 due to calcification with the uptake of CO2 during organic matter production. The sediments of the Cowichan Estuary habitat were generally dominated by sediment OC relative to sediment IC, and had sediment OC: sediment IC ratios of 9.80 ± 0.95 in the salt marsh, 2.99 ± 0.44 and 1.78 ± 0.18 in the upper and lower mudflats, and 1.87 ± 0.11 in the eelgrass meadow. Assuming that organic carbon and calcium carbonate accumulate in the sediment in proportion to their production, these high ratios indicate primary production is more than compensating for the calcification-associated CO2 production in most of the estuary’s habitats (Mazarrasa et al., 2015). In contrast, the oyster shell bed sediments had Ψ value of 0.62 ± 0.05, suggesting that they act as a source of CO2. However, because the oyster beds account for less than 2% of the total area of the estuary, this venting of CO2 can be considered negligible. Oyster shell beds growing on similar gravel banks from sandy intertidal flats with low sediment OC have been reported as net sources of CO2, resulting from predominantly carbonate deposition, whereas shallow subtidal saltmarsh fringing reefs with organic-carbon-rich sediments functioned as net carbon sinks, on par with vegetated coastal habitats (Fodrie et al., 2017).



Blue Carbon Valuation

The growing interest in blue carbon in recent decades has been founded on the widely reported high carbon sequestration capacities of coastal ecosystems, often estimated to be orders of magnitude greater than terrestrial ecosystems per unit area (Duarte et al., 2005; Mcleod et al., 2011; Atwood et al., 2020). Seagrass meadows have been reported to have global sequestration rates up to 35 times higher than temperate and tropical forests (Orth et al., 2006; Mcleod et al., 2011). Annual per-hectare sediment OC accumulation rates in the Cowichan Estuary were below global averages for each habitat examined, and the estuary as a whole sequesters carbon at approximately 30% that of an estuary of equal size and composition with global average sequestration rates for each habitat (Table S4). Compared to B.C. forests, the Cowichan Estuary, at 363 ha in size, stores about as much carbon in the top 20 cm of sediment as a second-growth forest in B.C. approximately 1.7 times larger in area (619 ha) and accumulates carbon at a rate between 1.39 ± 0.95 and 2.50 ± 0.77 Mg C ha-1 yr−1, approximately equivalent of a 20-year-old stand forest.

Current annual sediment OC burial in the Cowichan Estuary is approximately equal to the annual GHG emission of 133 motor vehicles or 48 British Columbia residents (Table 6). The population of Cowichan Bay Village is 2,394 (City Population, 2020), meaning that the estuary can only offset the emissions produced by 2.05% of the local population per year. At the municipal level, current carbon sequestration in the Cowichan estuary offsets approximately twice the GHG emission increases from the 0.9% annual population growth of the Municipality of North Cowichan’s 29,676-person population (Statistics Canada, 2017). If the historical extents of the salt marsh and mudflat were restored and the reclaimed sawmill, farms, and causeway were made available for carbon sequestration, the resulting carbon sequestration would increase to be equivalent to the annual emissions of 186 motor vehicles and 68 residents, or 2.8% of Cowichan Bay Village, and over GHG emission increases from the annual municipal population growth. The apparently small capacity of the Cowichan Estuary to mitigate anthropogenic GHG emissions even from local sources in a small rural village cannot be solely attributed to its below-average carbon sequestration rates. Even if each habitat in the Cowichan Estuary were to sequester carbon at reported average global rates, with the entire area of mudflat sequestering at the global average rate for seagrass meadows (Table S3), the equivalent emissions of only 461 motor vehicles and 168 people, or 14.25% of the local population, would be offset. Based on the estimations outlined in this valuation, over 20,000 ha of 20-year-old stand forest or a Cowichan Estuary more than 50 times its current size (363 ha) would be required to offset the emissions of Cowichan Bay Village. As such, preserving the areal extent of the Cowichan Estuary and restoring vegetated habitat should be prioritized in order to maintain and maximize its capability to offset GHG emissions. This highlights the current unsustainable level of per-capita GHG emissions, even at the scale of the local population in Cowichan Bay Village, which far exceed the natural capacity of the estuary and other natural carbon reservoirs to trap and store greenhouse gasses.




Conclusions

The lack of a sill or any other geological feature preventing high-energy water exchange between the Cowichan Estuary and the open ocean likely results in strong hydrodynamic mixing, erosion, resuspension and/or export or deposited OM. This was reflected in the low sediment OC and scattered 210Pbex vertical profiles of the unvegetated mudflats. Like the salt marsh, the eelgrass vegetation buffers hydrodynamic forces, stabilizing deposited material enough for an exponential decrease in 210Pbex to be detected over a ~100 year period, but mixing and possible resuspension is still likely to occur on a broader timescale.

Our results point to epiphytobenthos and phytoplankton as the primary sources of organic carbon stored in the upper and lower mudflats and eelgrass sediments. This is evident in the similarly low C:N ratios, suggestive of labile cell material, and the marine stable isotope signatures in the upper and lower mudflat sediments, which are modified somewhat in the eelgrass sediments. The strong hydrodynamic and related outwelling of eelgrass material are also likely behind the modest contribution (23%) of eelgrass shoots and stems to the bulk 13C signature of eelgrass sediments. A blue carbon evaluation of the subtidal area of outer Cowichan Bay would be of great interest for future research.

We found no evidence that log storage activity decreased carbon sequestration in the lower mudflat areas where logs make frequent contact with the seafloor. Carbon stocks in the mudflats were similar to those of the eelgrass meadow, despite being lower than global averages but consistent with recently reported low carbon stocks in Z. marina meadows in the Pacific Northwest. The salt marsh was the most important carbon reservoir in the Cowichan Estuary, which is consistent with a large body of studies that report salt marshes as having the highest carbon sequestration rates of all intertidal blue carbon habitats. However, the Cowichan Estuary salt marsh has a more modest carbon sequestration capacity compared to global averages; while the Cowichan estuary salt marsh’s sequestration capacity is in the range of a 20-year-old forest stand, global average salt marsh carbon sequestration rates have been reported to exceed long-term accumulation rates in forests by many orders of magnitude (Zehetner, 2010; Mcleod et al., 2011). This point highlights the lack of temperate salt marsh representation in western North America in current global blue carbon estimates. Since approximately half of the historical salt marsh habitat in the Cowichan Estuary is currently reclaimed for agricultural and industrial use, consideration should be given to the role of the marsh system as a carbon reservoir in future land-use planning.

CO2 emissions derived from carbonate deposition in the Cowichan Estuary are unlikely to significantly offset the CO2 sink capacity associated with organic carbon burial. Sediment OC was generally three-fold higher than sediment IC. While the oyster shell beds appear to be a net source of CO2, they were very limited in overall area. Interestingly, the current area of oyster beds in the Cowichan Estuary represented a fraction of the former area, as a result of dredging of channels for moving logs from the lower intertidal zone to the sawmill.

Despite being the fourth largest estuary on Vancouver Island and the largest intertidal estuary in the Municipality of North Cowichan, the Cowichan Estuary can only offset the emissions produced by 2.05% of the local population of 2,394 in Cowichan Bay Village (City Population, 2020), highlighting the current unsustainable level of per-capita GHG emissions. Likewise, the Cowichan Estuary cannot significantly offset the emissions of the municipality’s 29,676-person population, which is growing 0.9% per year. Current carbon sequestration in the Cowichan Estuary offsets approximately twice the GHG emission increases from the annual population growth Municipality of North Cowichan, and if all habitats were restored to their natural state and sequestered carbon at current rates, the estuary could have the capacity to offset over three times the GHG emission increases from the annual population growth. As such, preserving the areal extent of the Cowichan Estuary and restoring vegetated habitat should be prioritized in order to maintain and maximize its capability to offset GHG emissions.
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In this article, we discuss knowledge and gaps regarding blue carbon ecosystems (BCEs) in Brazil, considering the urgency to apply protection actions and policies to safeguard their biodiversity and associated ecosystem services. We also indicate areas of further research to improve carbon stocks and sequestration rate estimates. We call attention to the shortage of studies on Brazilian BCEs relative to the growing knowledge on the Blue Carbon Framework accumulated worldwide over the last decade. Considering the extensive Brazilian Economic Exclusive Zone (known as “Blue Amazon”), knowledge concerning blue carbon stocks is vital at regional and global scales for mitigating global increases in atmospheric carbon dioxide (CO2). The Blue Amazon has at least 1,100,000 ha of vegetated and non-vegetated coastal ecosystems (mangroves, salt marshes, seagrass meadows, and hypersaline tidal flats) that collectively contain vast amounts of stored carbon, making Brazil an ideal place to test mechanisms for evaluating, conserving, and restoring BCEs. Other poorly understood potential sinks and sources of carbon are macroalgal and rhodolith beds, mudflats, continental shelf sediments, and marine animal forests in shallow, mesophotic, and deep waters. The carbon fluxes between diverse environmental compartments, such as soil–air, soil–water, groundwater–water–surface water, air–water, and land–ocean, in BCEs across the Blue Amazon must be studied. We emphasize the importance of assessing the total carbon stock and the recent dismantling of environmental laws that pose great risks to these important BCEs. The conservation and recovery of these areas would enhance the carbon sequestration capacity of the entire country. Furthermore, we highlight priorities to improve knowledge concerning BCEs and their biogeochemical cycles in the Blue Amazon and to provide information to assist in the reduction of atmospheric levels of CO2 for the United Nations Decade of Ocean Science (2021–2030).
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1 Introduction

Global climate change is perhaps the greatest challenge of modern civilization, and several efforts are being made towards impact adaptation and mitigation of excessive greenhouse gases (Steffen et al., 2018; Bertram et al., 2021). In addition to lowering emissions and decarbonizing the economy, nature-based solutions have been increasingly proposed owing to their low cost, efficiency, and associated co-benefits (McLeod et al., 2011; Gattuso et al., 2018; Taillardart et al., 2018). While terrestrial ecosystems have been the focus of nature-based solutions, the role of coastal and marine ecosystems remains unaccounted for in several national emission inventories and not included in the National Determined Contributions (NDC) (Duarte, 2017). Over the last decade, ocean and terrestrial ecosystems have sequestered approximately 52% of anthropogenic CO2 emissions, with average rates of approximately 2.5 ± 0.6 and 3.4 ± 0.9 GtC year−1, respectively (Friendlingstein et al., 2019). However, some processes and ecosystems, such as coastal areas, are not fully accounted for in the global carbon budget. The CO2 that is captured from the atmosphere and sequestered in coastal and marine environments, mostly vegetated ecosystems such as mangroves, salt marshes, and seagrass meadows, is collectively known as blue carbon (BC) and consists of both organic and inorganic forms (Nellemann et al., 2009).

Coastal ecosystems sequester and stock larger amounts of carbon per unit area than terrestrial ecosystems. For this reason, the conservation and restoration of BC ecosystems (BCEs) are recognized among the key ocean-based activities towards climate change mitigation, adding to global efforts to limit global warming and achieve the goals of the Paris Agreement, with numerous co-benefits (Hoegh-Guldberg et al., 2019). The conservation and restoration of BCEs is crucial for marine CO2 removal (Lezaun, 2021). Therefore, the loss and degradation (e.g., land use changes, trawling activities, changes in water quality, and increasing pollution) of BCEs lead to increases in atmospheric CO2 emissions (Lovelock et al., 2017; O´Connor et al., 2019) and reductions in biosphere C sinks (net C accumulation in the long term) (Kauffmann et al., 2020), ultimately accelerating global climate change.

Mangroves, salt marshes, and seagrasses cover approximately ~36-185 million ha worldwide (Macreadie et al., 2021). However, some important marine ecosystems have not yet met the key criteria for inclusion within the BC framework (e.g., coral and oyster reefs) or show gaps in the scientific understanding of carbon stocks or greenhouse gas fluxes, with limited potential for management or accounting of carbon sequestration rates (e.g., macroalgal beds). Although the scale of greenhouse gas removal or emissions by plankton (Guidi et al., 2016), macroalgae forests (Krause-Jensen et al., 2018), mudflats, and marine animal forests (MAFs) (Rossi et al., 2017; Rossi et al., 2019) may be high, the long-term storage of fixed CO2 is not completely understood for these systems (Lovelock & Duarte, 2019). However, as BC science is multifaceted and has a broad scope, it must explore all potential opportunities for climate change mitigation and adaptation in marine ecosystems, including large and poorly studied tropical regions such as Brazil.

The Blue Amazon is a concept created by the Brazilian Navy to draw attention to the vast Brazilian economic exclusive maritime zone (larger than the Brazilian Amazon) and existing natural resources (including BCEs), which are essential for economy and society (Wiesebron, 2013). However, while the roles of the Amazon Rainforest in biodiversity maintenance, carbon sequestration, and climate regulation are well understood and recognized globally (Gatti et al., 2021), the roles of the Blue Amazon are not. Brazil currently lacks plans to strengthen its climate change and conservation policies and management in this Blue Amazon. Brazil has a vital role in global climate change mitigation, mainly focusing on terrestrial carbon (Gatti et al., 2021). However, when devising climate actions and mitigation strategies, no considerable importance is given to the ocean and coast. Brazil has one of the world’s longest coastlines (between 9th and 15th in rank) and maritime territories (11th in rank); it contains the second largest mangrove forest in a single country and has a high diversity of coastal and marine systems (Lacerda et al., 2019; Magris et al., 2020). However, the potential for carbon storage and sequestration in Brazil is not completely understood (Soares et al., 2017). As a result, Brazilian BCEs are not included in the country’s climate-mitigation commitments (e.g., NDC documents) and adaptation plans.

Therefore, in this perspective article, we aim to discuss the knowledge gaps in BCEs and possible solutions for their protection and restoration in Brazil. First, we present a broad and general characterization of the Brazilian coast and its recognized BCEs, focusing on the distribution and stocks of vegetated coastal systems, such as mangroves, salt marshes, and seagrasses. We discuss the carbon stocks of other important coastal systems [e.g., macroalgal and rhodolith beds, hypersaline tidal flats (HTFs), mudflats, continental shelf, and MAFs] and their potential to be included as BCEs. Next, we discuss the main ongoing impacts and conservation policies that threaten carbon stocks. Finally, we conclude with suggestions for further research to improve carbon estimates, considering the urgency of applying environmental protection actions and policies to safeguard BCE biodiversity and associated ecosystem services, including for climate change mitigation.



2 Blue Carbon Ecosystems in Brazil

Brazil is recognized as a “mega-diverse country” by the United Nations Enviromental Program (UNEP). Brazil´s high biodiversity extends to multiple coastal and marine habitats observed across the long coastline (~9,000 km) and the vast maritime territory (up to 5,700,00 km2), ranging from equatorial (5°N) to warm-temperate latitudes (33°S) (Figure 1). One of the Brazilian sites of global conservation relevance is the Amazon Rainforest. However, the carbon sink of the Amazon Rainforest is declining due to deforestation and climate change, including the recent documentation of the occurrence of carbon sources to the atmosphere through burning in southeastern Amazonia, where deforestation, warming, and moisture stress have been particularly enhanced (Gatti et al., 2021).




Figure 1 | Map showing the spatial distribution of major blue carbon ecosystems (BCEs) in the Brazilian coast. The dashed line presents the limits of the Blue Amazon (Brazilian Economic Exclusive Zone). The orange, blue, and green dots represent the seagrass meadows, salt marshes, and mangrove ecosystems, respectively. Sources: Wiesebron (2013); Copertino et al. (2016); Ferreira and Lacerda (2016); Schaeffer-Novelli et al. (2016), and Lacerda et al. (2019). Coastal geomorphological settlings according to Muehe (2010).



The jurisdictional maritime territory of Brazil, known as the “Blue Amazon” (Figure 1), contains vegetated and non-vegetated coastal and marine ecosystems (mangroves, salt marshes, seagrass meadows, MAFs, and other systems) (Table 1) that could collectively contain a vast amount of stored carbon, making Brazil an ideal place to test new mechanisms for evaluating, conserving, and restoring BCEs (Turra and Denadai, 2016; Bertram et al., 2021).


Table 1 | Dimensions and carbon burial rates of established and potential BCEs. Estimates for global area, global mean burial rate, and Brazilian ecosystem areas.



The extension of recognized Brazilian BCEs (at least 1,100,000 ha) (Table 1) needs to be better understood, quantified, acknowledged, and protected because of increasing human pressures operating on different spatial scales (local, regional, and global) (Copertino et al., 2016; Horta et al., 2016; Schaeffer-Novelli et al., 2016; Soares et al., 2017; Magris et al., 2020; Soares et al., 2021). In this context, we present a characterization of three actionable BCEs (mangroves, salt marshes, and seagrass meadows) in Brazil (Figure 2).




Figure 2 | Blue carbon ecosystems in Brazil (South Atlantic). (A) Seagrass meadows - Cajueiro da Praia - Piaui state. Photo: K. Barros; (B) Mangrove forest - Rio Acarau - Ceara state. Photo: R. C. Maia; (C) Salt marshes - Lagoa dos Patos - Rio Grande do Sul state. Photo: C.S.B. Costa.




2.1 Mangrove Forests

Mangroves have a mean total ecosystem carbon stock (TECS) of approximately 738.9 MgC ha−1 (varying widely by site) and a total global mean C stock of 6.17 PgC. Tropical forests, on the other hand, have a mean TECS of approximately 314 MgC ha−1 and a total global mean carbon stock of 553 PgC (Alongi, 2020). Therefore, per plot, carbon stocks in mangrove forests are 2.35-fold those of in tropical rainforests. However, in terms of total carbon stocks, tropical forests have approximately 92-fold higher carbon levels than mangroves (Ahmed and Glaser, 2016; Kauffman et al., 2018a). For this review, we considered a global mangrove area of 8,148,400 ha, in which Brazil has the second largest mangrove area worldwide (Hamilton and Casey, 2016) (Table 1).

The aboveground (AGB) and belowground (BGB) biomass and TECS in Brazilian mangroves (Figure 2B) may present heterogeneity based on geomorphic and sedimentary settings, soil depth, tidal height, salinity, climate, environmental protection measures, and forest structure (Kauffman et al., 2018a; Kauffman et al., 2018b; Nóbrega et al., 2018; Rovai et al., 2018; Kauffmann et al., 2020; Hatje et al., 2020; Matos et al., 2020; Rovai et al., 2020; Rovai et al., 2022) (Table 2). The belowground portion (including soils and roots) represents approximately 70%–86% of the total carbon stocks in mangroves (Hamilton and Friess, 2018; Kauffman et al., 2018a; Kauffmann et al., 2020).


Table 2 | Carbon stock in different compartments (TECS, AGB, and BGB) of mangrove and tropical forest ecosystem.



In the last 5 years (2017–2021), mangroves from seven of Brazil’s 15 coastal states have been studied and clarified the necessity of carbon research on the TECS, AGB, and BGB of Brazilian mangroves (Portillo et al., 2016; Kauffman et al., 2018a; Kauffman et al., 2018b; Pavani et al., 2018; Hamilton & Friess, 2018; Ferreira et al., 2019; Nóbrega et al., 2019; Portela et al., 2020; Rovai et al., 2020; Salum et al., 2020). There is also a shortage of information about TECS owing to the low spatial coverage of studies that include AGB and BGB portions simultaneously. Furthermore, the different biophysical typologies and the main drivers of the spatial heterogeneity of mangrove ecosystems along the Brazilian coast (Figure 1) remain poorly described.

Surveys of the TECS registered in Amazon mangroves (511 MgC ha−1) do not significantly differ from the mangroves of semiarid tropical coasts in Brazil [413 MgC ha−1 (Kauffman et al., 2018a) but differ from those of mangroves on the northern coast of São Paulo (157.36 MgC ha−1) (Pavani et al., 2018)]. At the national level, mean TECS varies from 341 MgC ha−1 and 507.83 MgC ha−1 (Hamilton and Friess, 2018; Rovai et al., 2022). Regarding specific mangrove portions, the AGB of the Amazon mangroves (159 MgC ha−1) is greater than that of semi-arid northeast mangroves (72 MgC ha−1) and those of the northern (76.09 MgC ha−1) and southern (52.7 MgC ha−1) coasts of São Paulo, but inferior to that of the Parnaíba River (258 MgC ha−1) (Kauffman et al., 2018a; Pavani et al., 2018; Portela et al., 2020; Rovai et al., 2020), illustrating matrix heterogeneity between sites (Table 2). Furthermore, the BGB portions of mangroves of the northern coast of São Paulo (22.07 MgC ha−1) differ from those of the southern coast (57.3 MgC ha−1) more than the Amazon mean for this compartment (104.41 MgC ha−1) (Kauffman et al., 2018a; Pavani et al., 2018; Rovai et al., 2020). These trends could be due to various factors, such as vegetal composition, hydrologic fluxes (wave exposure and riverine inputs), edaphic factors, anthropogenic influences, and microphytobenthic productivity (Hamilton and Friess, 2018; Rovai et al., 2018; Pavani et al., 2018; Nóbrega et al., 2019; Gorman et al., 2020b). In this regard, a systematic review of BC stocks in Brazilian mangroves is a priority to highlight the importance of sites that have not yet been studied and provide information about AGB and BGB at each site.

The combined carbon stocks of Pará mangroves in the Amazon region are twice those of the upland evergreen forests and almost fivefold those of tropical dry forests (Kauffman et al., 2018a; Kauffman et al., 2018b). Amazon mangroves represent 27.9% of the total mangrove area of the country (Ferreira & Lacerda, 2016). These results demonstrate the global importance of Brazilian mangroves as carbon hotspots (Rovai et al., 2022) (Table 1). Mangroves in North Brazil (Amazon mangroves) are part of the world’s largest continuous belt of mangroves (760,000 ha) (Souza Filho, 2005). In addition, mangroves between 5°N and 5°S represent almost 30% of the world’s mangroves (Giri et al., 2011). However, despite recent scientific efforts, mangroves are not adequately represented in global C budgets because the C cycle in mangrove ecosystems is the result of complex and poorly documented processes (Bouillon et al., 2008), particularly in Brazil. In addition, other greenhouse gases (e.g., methane and nitrous oxide) emitted from mangrove-dominated waters and soils could partially offset CO2 sequestration and organic C burial, especially in degraded/impacted mangroves (Rosentreter et al., 2018; Call et al., 2019).

Most of the research concerning C cycling in mangroves in Brazil and worldwide has focused on soil C stocks and burial rates, rather than on water fluxes. However, the fate of approximately 50% of the carbon fixed by mangrove vegetation is unknown (Bouillon et al., 2008). Studies have shown that mangrove carbon may be exported to the adjacent ocean (Maher et al., 2018; Santos et al., 2018). Thus, the C sequestration capacity of mangroves is likely underestimated.

The outwelling (lateral fluxes or horizontal exports) of dissolved and particulate carbon derived from BCEs has recently been described as a relevant process within the long-term BC sequestration mechanism (Santos et al., 2021). From a global perspective, mangroves account for >10% of terrestrially derived refractory organic carbon exported to the ocean (Dittmar et al., 2006). Mangrove export (outwelling) is the main source of terrigenous organic carbon in the ocean off northern Brazil (Dittmar et al., 2006). Further studies are required on the rates of organic carbon mineralization along the mangrove–estuary–continental shelf continuum to emphasize its importance as a vital atmospheric CO2 sink (Maher et al., 2018). In addition, the lateral export of dissolved inorganic carbon (DIC) and alkalinity can be greater than that of organic C burial as a long-term carbon sink (Maher et al., 2018; Santos et al., 2018). If the exported DIC remains in the water column after air–water equilibration, this carbon outwelling could represent an important and overlooked long-term carbon sink (Santos et al., 2018; Santos et al., 2021). Finally, this C outwelling along the land–ocean aquatic continuum has the potential to locally and/or regionally mitigate the process of ocean acidification by increasing coastal ocean pH (Sippo et al., 2016).

The northern and northeastern continental shelves of Brazil present widespread coral reef coverage (Leão et al., 2016; Soares et al., 2017; Soares et al., 2019) and the outwelling of carbon and alkalinity counteracting coastal acidification could be particularly relevant in shallow-water coral assemblages along the southwestern Atlantic coast (Cotovicz Jr. et al., 2020). However, estimates of carbon outwelling along the land–ocean continuum in Brazil (and elsewhere) are scarce (Cabral et al., 2021) and remain spatially and temporally limited. Therefore, it is important to calculate the outwelling from BCEs to correctly provide the actual sequestration capacities of BCEs, which may currently be underestimated. Future studies should examine the fate of carbon in coastal waters and oceans as long-term C reservoirs. The dissolved inorganic and organic C outwelling (lateral fluxes to the ocean) are potentially greater C sinks than organic C soil burial. Currently, these processes along the Brazilian coast are overlooked and require further investigation.



2.2 Salt Marshes

Salt marshes in Brazil occur along sheltered coastlines maybe associated or not with mangrove forests (Schaeffer-Novelli et al., 2016). Knowledge of salt marsh area extension (Figures 1, 2C), plant species composition, plant biomass standing crop, primary production, and associated surface soil parameters (carbon, organic matter, and grain size) is concentrated in subtropical and warm-temperate Brazilian estuaries and coastal bays (see Davy & Costa, 1992; Isacch et al., 2006; Martinetto et al., 2016; Schaeffer-Novelli et al., 2016 for reviews).

The most extensive salt marsh areas are found in southern Brazil, particularly in Rio Grande do Sul State (Figure 1), covering the margins of coastal lagoons and estuaries, and are dominated by mono-or multi-specific stands of Spartina (S. alterniflora and S. densiflora), Sacoccornia, Scirpus (S. maritimus and S. olney), and Juncus (J. kraussii and J. acutus)  (Costa et al., 2003). Large areas of salt and brackish marshes are also associated with tropical mangrove forests (Teixeira & Souza-Filho, 2009; Rodrigues & Souza-Filho, 2011) dominated by Spartina spp., Disticlis spp., Eleocharis spp., and Schoenoplectus spp. (Kauffman et al., 2018a). According to available data on cover extension based on mapping studies (Teixeira & Souza-Filho, 2009; Rodrigues and Souza-Filho 2011; Martinetto et al., 2016), the total Brazilian salt marsh area is approximately 26,300 ha (Table 1). However, this number is underestimated as the total area occupied by tropical salt marshes in the SW Atlantic is unknown.

The total biomass standing crop (from <1 to 30 MgC ha−1) and surface soil organic matter (from <1% to 20%) content of these systems show high variability, depending on species composition, estuarine position, marsh level, terrestrial input, and climate. Most data on soil organic matter or carbon content are limited to surface or shallow core depths (up to 10–20 cm) and lack bulk density data and sedimentation rates. Moreover, data on carbon stocks of Brazilian salt marshes are restricted to two salt marsh areas more than 8,000 km apart that are influenced by distinct climates, tides, fluvial regimes, and community structures. The ecosystem carbon stocks (soil and biomass) observed in Amazonian tropical salt marshes (Pará, Brazil; for the top 1 m to 3 m soil depth) are between 196.7 ± 22.9 and 352.6 ± 29.0 (mean 257.3 Mg C ha−1), which are slightly higher than those used by the IPCC as a referential mean (Kauffman et al., 2018a). The contribution of aboveground biomass to these carbon pools was less than 2%. Higher values have been found for the extensive salt marshes in southern Brazil (Patos Lagoon, Rio Grande do Sul State) (Figure 1), ranging from 263 up to 440 MgC ha−1 (for the top 1 m), depending on the species and marsh level (Patterson et al., 2016). The aboveground biomass of these southern marshes (mean of 26.4 MgC ha−1) may account for 10%–20% of the ecosystem carbon pool. Therefore, further studies on carbon stocks and sequestration in Brazilian salt marshes are needed to provide better support for science-based policies to protect these unique systems.



2.3 Seagrass Meadows

Seagrasses are distributed worldwide, on both temperate and tropical coasts, covering a total area of 26,656,200 ha (McKenzie et al. 2020), up to 164,678,900 ha according to one modeling estimation (Jayathilake and Costello, 2018). There is a notable lack of data on seagrass carbon stocks and sequestration rates from most of the South Atlantic Ocean (Nóbrega et al., 2018; Gorman et al., 2020a), including the Brazilian coastline (Figure 1). Seagrass meadows are suggested to be hotspots for BC storage in soils and may contain at least twice as much carbon per unit area as terrestrial soils (Fourqurean et al., 2012). However, the sedimentary inorganic carbon as carbonate could be close to sedimentary Corg levels, and as the production of carbonates may represent a CO2 source, this can diminish the strength of seagrass sediments as CO2 sinks in some ecosystems, including Brazilian seagrass meadows (Howard et al., 2017; Gullström et al., 2018). Most available data and global reviews concerning seagrass carbon pools are based on the Mediterranean, Australia, and North Atlantic coastlines (Fourqurean et al., 2012; Ricart et al., 2020) and are biased towards large persistent species and dense meadows. Less knowledge is available regarding the stocks and sequestration capacity of small ephemeral species that dominate large extensions of the world´s coasts and estuaries including in Brazil.

Although seagrass meadows have been highlighted as important carbon sinks since the 1980s, they are still neglected in global carbon cycle models and emission inventories, as well as in NDCs, owing to gaps and uncertainties about their stocks, carbonate chemistry, and water–air CO2 fluxes (Duarte, 2017; Macreadie et al., 2014). The area of global seagrass meadows is highly controversial, with a large variability between estimates. Considering the range variability in worldwide seagrass area and the mean C stocks for the top meter of soil (108 Mg C ha−1), the global carbon pool is generally considered to lie between 4.2 and 8.4 Pg (Fourqurean et al., 2012); however, a less conservative approach produces estimates of between 8 and 19.0 Pg. These uncertainties are due to the scarcity of data on most parts of the world’s coasts, including South America. Approximately 50% of the seagrass soil carbon is derived from seagrass plants, with the remainder from other autochthonous and allochthonous sources (plankton, benthic algae, and terrestrial plants; Kennedy et al., 2010). Considering the loss rate of seagrass meadows (global loss rates accelerating from 0.9% year−1 in the 1940s to 7% year−1 towards the end of the 20th century) (Waycott et al., 2009; de los Santos et al., 2019), these systems may release an additional 11–90 Tg C year-1 into the atmosphere (Fourqurean et al., 2012; Pendleton et al., 2012).

Seagrass meadows in Brazil occur discontinuously along the coast (Figures 1, 2), with species distribution and abundance being strongly influenced by regional oceanography, coastal currents, river runoff, and regional and local geomorphology (Copertino et al., 2016). Despite the increasing number of studies on seagrass ecology in Brazil, few have investigated seagrass soil carbon stocks/sequestration or other soil characteristics (Patterson et al., 2016; Howard et al., 2017; Nóbrega et al., 2018; Gorman et al., 2020a; Gorman et al., 2020b). One study comparing seagrass soil across the Brazilian coast (NE semi-arid coast and Southeast/South Brazilian coast) found significant differences according to their morphological, chemical, and physical properties, with distinct total organic carbon (TOC) contents (Nóbrega et al., 2018). Available data show that the percentage of TOC in seagrass soils varies according to latitude, with higher values in the northeast semi-arid coast (Ceará and Piauí states), according to measurements conducted within dense estuarine meadows (2.5% ± 0.9%; Nóbrega et al., 2018).

Seagrass soil C stocks in Halodule spp. meadows measured from several sites across Eastern and Southeastern Brazil range from 0.2 to 1.7 Mg C ha−1 (Howard et al., 2017), with an average (0.67 Mg C/ha) lower than the global mean (1.65 Mg C ha -1 Fourqurean et al., 2012). Data from Northeast Brazil, taken from estuaries, show a higher mean (~2Mg C ha -1) and greater range of values (0.7–4.0 Mg C ha -1) (Nóbrega et al., 2018). The lack of seagrass mapping in most coastal regions hinders the accurate quantification of regional and global seagrass carbon pools. Summing up values from published and unpublished data and few mapped areas, the coastal seagrass area in Brazil covers at least 67,825 ha (Table 1). However, the total area coverage is likely to be greater because many shallow turbid waters and clear deep waters (>10 m) have not been surveyed (Copertino et al., 2016).

Brazilian seagrasses are dominated by small seagrass genera (Halodule, Halophila, and Ruppia) that occur in dynamic patches and have high seasonal and annual variability in their abundance and distribution patterns. While local losses have been reported due to anthropogenic and natural impacts (Copertino et al., 2016), H. wrightii and H. decipiens have expanded the southern limit range distribution (Sordo et al., 2011; Gorman et al., 2020a). Although the distribution of seagrass species along the Brazilian coast is relatively well known, the general lack of mapping and better distribution of soil C stocks for most regions (particularly for the densest meadows thriving along the northeastern region) limit the estimation at the national scale. Roughly, multiplying average C stocks found by Patterson et al. (2016); Howard et al. (2017), and Nóbrega et al. (2018) by the estimated areal extent (Table 1) gives a total soil reservoir ranging between 200 and 3000 Mg C. This wide range is due to the high variability in C densities among the regions and can be considered a hypothesis to be tested.




3 Other Potential Blue Carbon Ecosystems

The concept of BC and its rapidly growing scientific focus on mangroves, salt marshes, and seagrass ecosystems, justified by their large C reservoirs, high sequestration rates, long-term carbon storage, and potential to manage greenhouse gas emissions, support other adaptation policies (Lovelock & Duarte, 2019).  In particular, mangroves and salt marshes are now recognized by the International Panel on Climate Change as potential nature-based solutions for atmospheric CO2 reduction (IPCC 2021) and are eligible for inclusion in the greenhouse gas accounting guidance of this panel (IPCC 2014). While these vegetated coastal systems are established BCEs, other relevant systems do not meet key criteria (e.g., coral reefs) or have gaps in scientific knowledge and limited potential for management and accounting (e.g., macroalgal beds and HTFs) (Figure 3).




Figure 3 | The Blue Amazon (Brazilian Economic Exclusive Zone, South Atlantic) contains potential and non-actionable BC ecosystems that could contain vast amounts of stored carbon. (A) Hypersaline tidal flat (E.g., Barra do Ceara-Ceara state. Photo: N. Beloto, 2020) (B) Macroalgal beds (E.g., Arquipelago de S.Pedro e S.Paulo-Pernambuco state. Photo:Dimas Gianuca, 2004); (C) Marine animal forest (E.g., Parque Estadual Marinho da Pedra da Risca do Meio - Ceara state. Photo: Marcus Davis, 2021).



The Blue Amazon has large extensions of overlooked potential BC sinks, such as macroalgae (Aued et al., 2018), rhodolith beds (Horta et al., 2016), phytoplankton-dominated ecosystems (Guidi et al., 2016), hypersaline tidal flats, mudflats (Gorman et al., 2020b), and marine animal forests (Soares et al., 2017; Barbosa et al., 2019; Soares et al., 2019). In their review, Lovelock and Duarte (2019) framed some of these ecosystems as non-actionable since they do not fulfill key criteria and because of insufficient knowledge about their potential as long-term sinks (Figure 3). If such systems provide important C stocks and sequestration, whether for the ecosystem or beyond, they must be investigated before they can be included in the BC framework. This BC question is long-standing and controversial and requires resolution using empirical evidence (Macredie et al., 2021). In this context, we present other potential BC sinks that should be investigated and protected in the Blue Amazon.


3.1 Hypersaline Tidal Flats (Apicuns)

Hypersaline Tidal Flats (HTF’s) are ecotones associated with mangrove ecosystems on arid and semiarid coasts (Figure 3). Despite carbon sequestration rates being lower in HTFs than in traditional BCEs (described in Section 2), worldwide HTF carbon stocks and long-term carbon sequestration rates can be substantial given their large area (Brown et al., 2021). Together with other vegetated systems, HTFs meet the requirements that define BC systems and can thus be included in global and regional management and mitigation policies (Lovelock & Duarte, 2019).

In Brazil, the HTFs, known as apicuns, occupy large areas in the supratidal zone (57,000 ha; MapBiomas 2021), in an intermediary position between mangroves (or salt marshes) and terrestrial environments (i.e., coastal plains), flooded monthly or with lower frequency (Schaeffer-Novelli et al., 2018; Albuquerque et al., 2014) (Figure 3). Low precipitation and tidal fluxes usually maintain hypersaline conditions (salinity > 100ppt). In Brazil apicuns and mangroves are contiguous ecological systems that present contrasting soils with very different physical, chemical, and mineralogical characteristics (Lacerda et al., 2019). The reduced tidal flooding associated with an evaporative environment and hydric deficit seems to be the primary controlling factor for the formation of these wetlands, which are primarily vegetated by extreme halophytes or devoid of vegetation (Hadlich and Ucha, 2009). Active pedogenetic processes (e.g., salinization, sulfidation, and bioturbation) controlled by the above factors have important ecological roles, specifically regarding carbon and nutrient dynamics (Albuquerque et al., 2014). A sandy mineral apicun soil is deposited over former mangroves.

Mangrove leaves and microphytobenthos have been identified as important sources of organic material accumulated along the sediment columns of these systems. The reported soil carbon content of Brazilian HTFs is lower than 1% (Hadlich et al., 2010; Albuquerque et al., 2014; Brown et al., 2021). Rates of organic carbon burial for a Brazilian HTF (Guaratiba Bay, Rio de Janeiro) during the last century were estimated at 17.8 (± 0.8) g C m−2 y−1 (Brown et al., 2021). These rates are considerably lower than the global averages reported for salt marshes (245 ± 26 g m−2 y−1), mangrove forests (163 ± 40 g m−2 y−1), and seagrasses (138 ± 38 g m−2 y−1). Nevertheless, the importance of HTFs as carbon sinks may be substantial given their extensive coverage along Brazil, particularly on northern and northeast coast (MapBiomas 2021; Soares et al., 2021). HTFs are essential for Brazilian mangrove forests, as they act as reservoirs of nutrients and buffer zones, particularly where mangroves are likely to move inland with sea-level rise due to climate change (Schaeffer-Novelli et al., 2018).



3.2 Macroalgal Beds

Environments dominated by macroalgae occupy a global area of 354,000,000 ha and, considering the high sequestration rates (173 T C year–1), play an essential role in BC budgets (Krause-Jensen and Duarte, 2016). In addition, the burial process of macroalgae-derived organic carbon in shelf sediments and the deep ocean requires that these environments be included in BC estimates (Krause-Jensen et al., 2018), including for the Blue Amazon (Figures 1, 3). While the C stocks of some algal species have been evaluated for some Brazilian regions (e.g., Sargassum; Gouvêa et al., 2020), the contribution of most benthic macroalgae to the C budget and burial is unknown in the SW Atlantic. Nevertheless, it is likely that a large fraction of the organic matter produced by macroalgae is exported and buried in adjacent sediments and deep oceans (Krause-Jensen and Duarte, 2016; Macreadie et al., 2019; Gouvêa et al., 2020).

Macroalgal habitats (mainly algal turfs, frondose macroalgae, rhodolith beds, shallow subtidal sargassum beds, and deep-water kelp beds) occupy the sea bottoms along the Blue Amazon (Aued et al., 2018). Deep-water kelp beds (dominated by the endemic Laminaria abyssalis) are predicted to cover 3,300,000 ha of the Brazilian continental margin, between depths of 20 and 120 m, under cold water temperatures (<15–19°C), and with a high nutrient supply of upwelling regimes (Anderson et al., 2021). Considering L. abyssalis demographic parameters (0.22–2.20 ind/m2) and individual dry weight (54 to 150 g) and the average C content for Laminaria species (30%–33%; King et al., 2020), we can expect average C stocks of up to 0.01 Mg C ha−1. The minimum values of net primary productivity for Laminaria species in the Atlantic range between 100 and 300 g C m-2 year−1 (King et al., 2020). Extrapolating to the area occupied by L. abyssalis in the southwestern Atlantic, it accounts for ecosystem sequestration rates of up to 312 Mg C year−1.

The rhodolith beds of the Blue Amazon span over 22,971,800 ha, equivalent to the area of Australia’s Great Barrier Reef (Horta et al., 2016; Carvalho et al., 2020). The most extensive area of rhodolith beds, covering 2,090,000 ha, is on the Abrolhos Bank (Amado-Filho et al., 2012). Distributed from 0 to ~250 m deep, these beds represent one of the largest carbonate depositional environments and play a fundamental role in the carbon cycle (Horta et al., 2016). The Abrolhos shelf boasts the world’s largest expansion of rhodoliths and is able to produce 1 kg of CaCO3 m-2 year−1, which represents approximately 5% of the CaCO3 burial/precipitation of the world’s carbonate banks (Amado-Filho et al., 2012). Although there is a large distribution and abundance of rhodoliths and seaweeds on the Brazilian coastline (Carvalho et al., 2020), the specific processes of the carbon cycle in these environments have not been completely modeled.

Coralline algae, which form rhodolith beds, may act as a CO2 sink in the processes of photosynthesis and CaCO3 dissolution, and as a CO2 source in the processes of respiration and CaCO3 production (Gattuso et al., 1998), which may offset the C sequestration capacity in the short term. Using a modeling approach, the potential burial rate has been estimated to be 0.4 × 109 Tg C year−1 (Van de Heidjen & Kamenos 2015). There is a need for more comprehensive studies involving the chemistry of coralline algae and refining the models with empirical data before evaluating the role of Brazilian rhodolith beds as true BCEs.



3.3 Plankton-Dominated Coastal Bays and Lagoons

Plankton (bacteria, viruses, phytoplankton, and zooplankton) represent communities in the biological carbon pump because they capture, transform, and export carbon from the upper layers of the ocean and coasts and transfer them for immobilization (Guidi et al., 2016) via benthic suspension feeders (e.g., sponges and octocorals) that compose MAFs (Rossi et al., 2017; Rossi and Rizzo, 2020), such as found across the Amazon Reef System (Soares et al., 2019). Other carbon may be deposited and sequestered through burial in sediments (Macreadie et al., 2019). However, only approximately 0.5% of the carbon fixed in the surface ocean is transferred and deposited on the sea floor.

In this way, higher rates of primary production associated with the eutrophication of Brazilian coastal bays in the tropics can generate large stocks of phytoplankton-derived dissolved and particulate organic carbon, which is permanently being produced, partially degraded, and buried in sediments (Cotovicz Jr. et al., 2018a). For example, the CO2 sink efficiency of Guanabara Bay (Brazil) may be enhanced by eutrophication owing to its location (near the largest city of Rio de Janeiro) and geomorphological characteristics, such as tropical coastal embayment (Cotovicz Jr. et al., 2015). Recent studies conducted in eutrophic Brazilian coastal lagoons have demonstrated the same pattern of atmospheric CO2 absorption and organic carbon storage in sediments (Cotovicz Jr. et al., 2021; Erbas et al., 2021). Large-scale exportation provided by plankton along the tropical and subtropical pelagic marine environments has not been analyzed; however, recent results provided by the Tara Oceans Consortium in the South Atlantic indicate that Radiolaria, alveolate parasites, Synechococcus, copepods, and Rhizaria are drivers of carbon exportation (Guidi et al., 2016) to seafloor sediments and MAFs in the SW Atlantic.



3.4 Marine Animal Forests

Other neglected carbon sinks in the Blue Amazon are MAFs, which capture carbon via benthic-pelagic coupling (Rossi et al., 2017; Rossi and Rizzo, 2020). MAFs are important carbon immobilizers. Various MAFs, including gorgonian forests (Coppari et al., 2019), sponge gardens (Coppari et al., 2016) (Figure 3C), and inactive and passive benthic suspension feeders (Rossi et al., 2017), have been recognized as important systems for considering the BC budget. Ascension Island (South Atlantic, United Kingdom) and the surrounding seamounts in the South Atlantic have shallow MAFs with depths of less than 1,000 m. These MAFs are estimated to capture at least 0.41 MgC ha−1, mainly in the form of deep coral reefs (Barnes et al., 2019). Thus, the Blue Amazon, which has seamounts, sponge gardens, octocoral forests, and an extensive seabed (Soares et al., 2017; Soares et al., 2019), should be considered during the estimation of carbon storage and immobilization in benthic ecosystems and associated sediments. These methodologies, applied to benthic suspension feeder communities (Barnes et al., 2019), mirror similar approaches used in terrestrial forestry studies (Coppari et al., 2016; Coppari et al., 2019) concerning C flux estimation (Rossi and Rizzo, 2020), and could be applied in the Blue Amazon to investigate the overlooked role of MAFs as carbon sinks in the SW Atlantic. However, the total area of the Brazilian MAFs has not been mapped (Table 1).



3.5 Continental Shelf

Perhaps the largest C sink, yet the most uncertain stock, lies within the Brazilian shelf sediments, which may receive a large part of the C exported from continental, coastal, and in situ pelagic biota inputs (e.g., Amazon River plume) (DeMaster et al., 1996; Sobrinho et al., 2021). Shelf sediments cover ~9% of global marine area and may account for more than 90% of stored carbon within some national inventories (Legge et al., 2020). Despite the large carbon pool, these marine areas are currently not protected by international agreements to promote their conservation.

Bottom trawling is likely to be the most widespread human pressure across the seabed globally, disturbing ecosystem functions and resuspending sediments (Rossi et al., 2019). Trawling affects up to 75% of continental shelf sediments globally, with almost 20 million km2 of sediments subject to this pressure (Kaiser et al., 2002). Globally, bottom trawling may release approximately 1.5 billion metric tons of aqueous CO2 annually, which is equal to that released on land through farming (Sala et al., 2021), plus the 22 Gt year−1 of suspended sediments have high direct impacts on biodiversity. The Brazilian economic exclusive zone is a relevant area for carbon storage and must be considered as a BC research priority and conservation target (Soares et al., 2017). Recent studies have estimated that the Amazon River Delta has an accumulated sedimentation rate above the global average. Moreover, the suspended material is transported horizontally by river plume fuel production to adjacent seafloor areas, which improves the relevance of the Amazon continental shelf to the global carbon budget (Sobrinho et al., 2021).




4 Impacts and Protection of the BCEs Sequestration

The extension and high biodiversity of the Blue Amazon provides great potential for carbon storage and sequestration, therefore contributing to climate mitigation and adaptation. However, their regional/global role as carbon sinks still needs to be better understood and recognized. Moreover, human impacts on these marine ecosystems must be avoided and managed because of the local and global relevance of ecosystem goods and services, including climate regulation. Climate change could modify the resistance or resilience of BCEs, potentially making them more sensitive to impacts from activities (e.g., bottom trawling and sewage pollution) and direct pressure may amplify climate change constraints in BCEs (Rossi et al., 2017).

In Brazil, BCEs are threatened by a plethora of human pressures such as coastal urbanization, heatwaves, global warming, oil and gas exploitation, eutrophication, ocean acidification, contamination by agricultural, industrial, and urban effluents, mining accidents, large oil spills, deforestation, and aquaculture activities (Pagliosa et al., 2012; Copertino et al., 2016; Soares et al., 2017; Lacerda et al., 2019; Magris et al., 2020; Soares et al., 2021). For example, deforestation for urbanization, salt exploration, and aquaculture has contributed to the loss of extensive mangrove areas and increased carbon emissions (Pagliosa et al., 2012; Kauffman et al., 2018b). In this way, aquaculture activities, such as shrimp farming, may remove 60% of the soil carbon stock and 85% of the living biomass carbon stock (Sasmito et al., 2020). Shifts in hydrology, tidal exchange, disposal of effluents into mangrove soils, and water changes also have negative effects on BCEs (Macreadie et al., 2017), including in the Blue Amazon (Soares et al., 2017; Magris et al., 2020). Recently, the most extensive oil spill detected in tropical oceans has reached large areas of BCEs, such as mangroves, seagrasses, salt marshes, and rhodolith beds (Magris and Giarrizo, 2020; Soares et al., 2020). For example, Brazilian estuaries (492,974 ha), mangroves (48,983 ha), seagrass meadows (32,477 ha), and tidal flats (6,364 ha) were severely affected by this oil spill along 3,000 km of coastline (Magris and Giarrizo, 2020).

In addition to these local and regional pressures, the predicted impacts of climate change on Blue Amazon ecosystems, such as warming (Magris et al., 2015), ocean and coastal acidification (Cotovicz Jr. et al., 2018b; Perretti et al., 2018), rising sea levels (Godoy and Lacerda, 2015), and droughts (Marengo et al., 2017; Soares et al., 2021), also enhance the risks associated with the degradation of BCEs (Magris et al., 2020) and changes in the coverage of BC areas (e.g., retraction and expansion of mangroves) (Lacerda et al., 2019). Thus, the impacts of climate change on BCEs and their C stocks are dependent on exposure to climate change factors and land use practices (Macreadie et al., 2019; O´Connor et al., 2019). These human activities in the Blue Amazon promote drastic changes in the rates and balance of carbon emissions due to the effects on the storage and sequestration of both the forest structure and burial in the soils (Pagliosa et al., 2012; Nóbrega et al., 2016; Kauffman et al., 2018b; Nóbrega et al., 2019).

Among BCEs, the only environments that have protection measures via legal instruments and coverage by coastal and marine protected areas (MPAs) are mangroves (Santos and Schiavetti, 2014). Other systems that are incorporated in MPAs (e.g., seagrass meadows within the Coral Coast MPA and Abrolhos Marine National Park) are also protected by instruments according to specific local, regional, or national laws. Coastal zones are formally protected by national and international legal provisions. For example, Brazilian mangroves are considered national heritage sites (Constitution of Brazil/1988) and permanent preservation areas (Forest Code/2012). Despite this apparent protection, the existing legal framework is insufficient as it does not require the development of public policies and management plans that ensure effective conservation (Ferreira and Lacerda, 2016). In recent years, the Brazilian federal government has made decisions that weakened and dismantled established environmental policies (Fearnside, 2019), modifying the protection of important areas (e.g., mangroves) and disregarding the inefficient use of natural resources (Bernardino et al., 2021).

Although protected by laws and MPAs, mangroves still suffer from illegal exploitation (Lacerda et al., 2019) and poor management effectiveness (Almeida et al., 2016). Shrimp aquaculture and urban development are likely to be the highest threats to mangrove forests in Brazil (Bernardino et al., 2021). The “Reducing Emissions from Deforestation and forest Degradation (REDD)” program could help to restore mangrove environments; however, technical and financial assistance and institutional support are required to implement REDD+ (Ahmed and Glaser, 2016). In addition to scientific gaps and uncertainties, the Blue Amazon suffers from a lack of political and a government agenda for downgrading already protected ecosystems. Therefore, the implementation of this type of instrument in coastal areas is still far from practical.

South America lost approximately 7.8% and 3.8% of its mangrove coverage between 1980–1990 and 1990–2000, respectively (Lacerda et al., 2019), including losses in Brazil (MAPBIOMAS 2021). In addition, it is important to highlight that Brazil has the third highest country-specific potential annual CO2-equivalent emissions from mangrove soils (Atwood et al., 2017). BCE payments can be implemented in countries with moderate fossil fuel emissions and extensive coastlines, potentially contributing towards climate change mitigation at a national scale (Taillardat et al., 2018). Brazil’s gross emission in 2020 was 2.16 billion tons of carbon dioxide equivalent (Gt CO2; SEEG Brasil, 2021). Discounting carbon removal by secondary forests and protected areas, the national net emissions in the same year were 1.52 Gt CO2. Considering only fossil fuel and cement production (land use change not included), Brazil emitted 467.38 million tons CO2, which represent 1.34% of global emissions (Ritchie and Roser, 2020).

In Brazil, 37.4% of emissions come from the energy sector, followed by the agriculture, land use change and forestry, industrial processes, and waste sectors, which contribute 32.6%, 22.6%, 4.2%, and 3.4% of greenhouse gas emissions, respectively (MCTIC – Ministério da Ciência e Tecnologia do Brasil 2017). In addition, the lack of knowledge regarding reliable and accurate estimates of BC cycling and national budgets is a lost opportunity for economic gains funding from voluntary carbon markets, non-carbon finance, and alternative livelihoods for local communities along the Brazilian coast (Zhao et al., 2020). Carbon credits can be generated for mangroves and coastal wetlands when degraded mangrove habitats are afforested or reforested. This could serve as a strategy to improve the quality of life of citizens and reduce social and economic inequalities using successful global case studies (Taillardat et al., 2018).

Despite the clear societal benefits of carbon sequestration, countries may wish to recognize the benefits in terms of economic value before making decisions about the protection of vulnerable ecosystems, aid policy decisions, widen the market for carbon management and trading (e.g., Nellemann et al., 2009; Luisetti et al., 2019), and include BC protection within national policies (Bertram et al., 2021). Under the increased human and climate pressures predicted for the next decades, damage costs caused by carbon release due to the disturbance of coastal and shelf sea sediments could be very high (e.g., up to US$ 12.5 billion in UK; Luisetti et al., 2019). However, efforts to manage socio-economic pressures to maintain seabed carbon storage need to account for trade-offs with social welfare benefits, such as food security. Therefore, more robust evidence is needed to develop effective incentive mechanisms to preserve these valuable ecosystems within a sustainability governance framework in Brazil.



5 BCEs National Priorities

Surveys on carbon stocks and sequestration in mangroves and other BCEs are fundamental, and defining values and understanding how these ecosystems work in relation to the carbon cycle are essential for climate change compensation projects. This does not mean that surveillance actions should be in the background; however, having observed the political management of Brazil, it is noticeable that there is an inversion of national environmental agencies. Inspection actions are incipient and the budgets for these actions are not being utilized. As a consequence of such environmental liabilities, deforestation and degradation have continued, along with worsening conditions for indigenous people (Scantimburgo, 2018; Fearnside, 2019; Missiatto et al., 2021). The ridge-to-reef concept (Carlson et al., 2019) of ecosystem management can also be applied to Brazilian coastal and marine environments, considering the huge amount of deforestation and pollutants originating from land activities that impact mangroves, seagrass beds, salt marshes, and shallow-water animal forests. Therefore, the priority actions for BCEs, and all terrestrial and marine areas of high importance, are political, especially for climate change mitigation and adaptation.



6 Urgent Recommendations and Future Directions

The current mismanagement of carbon in the Blue Amazon highlights the need for urgent improvements in research, conservation actions, and science-based policies in the United Nations Decade of Ocean Science (2021–2030). We highlight that the knowledge concerning the ecosystem services of the Blue Amazon, such as C stock/sequestration and protection measures, is still incipient and needs to be improved. Importantly, attempts to measure and set targets for carbon sequestration in BCEs should be kept separate from emissions targets in other economic sectors (e.g., transport, industry, and agriculture), to avoid using BC as an offset of other required emission reductions (Climate Analytics 2017). Although it is essential to prevent the degradation of BCEs, carbon sequestration is not the only or most valuable ecosystem service for local populations along the Blue Amazon.

The wide range of potential benefits that emerge from coastal ecosystem conservation and restoration, beyond carbon sequestration, always have sufficient justification for schemes to incentivize their immediate protection (e.g., payment for ecosystem services), with substantial adaptation benefits for local communities, in addition to other ecosystem services. To maximize these benefits, schemes should be designed with the full set of ecosystem services in mind, in addition to carbon sequestration.

Another urgent problem regarding carbon mismanagement in the Blue Amazon is that other BCEs such as seagrass, tidal salt marshes, HTFs, MAFs, and rhodolith beds still have little protection from MPAs or legal provisions that prevent intense economic exploitation (Copertino et al., 2016; Horta et al., 2016; Soares et al., 2017; Magris et al., 2020). Therefore, it is necessary to increase legal protection and MPA coverage in all environments and improve the efficiency of public policies, such as the management effectiveness of mangrove protected areas (Almeida et al., 2016). Moreover, conservation actions that are advantageous for both BC and the structural complexity and diversity of marine species, such as initiatives in terrestrial forests (Silveira et al., 2019), are preferable to carbon-focused initiatives in coastal and marine environments. Thus, it is important to identify and provide effective protection to BC diversity hotspots along the southwestern Atlantic coast.



7 Summary Actions for Researchers and Policymakers

	Promote research that provides information about C stocks, sequestration, and burial rates in Brazilian BCEs and that aims to understand carbon cycling in these environments.

	Reinforce surveillance actions in BCE areas, especially in those with high carbon sequestration and storage potential.

	Change the management of national and state environmental agencies to promote actions in BCEs and their dependent human communities favors.

	Establish goals for carbon sequestration in Brazilian BCEs together with economic sectors, considering carbon credit mechanisms.

	Consider all environmental goods and services provided by such unique environments, as well as carbon sequestration and storage, for the valorization of BCEs.

	Increase the legal protection of BCE areas, including environments that are still poorly measured or valued for their economic and environmental importance, such as seagrasses, HTFs, MAFs, and rhodolith beds.

	Establish the conservation and restoration of BCEs as a national priority for ocean-based carbon dioxide removal (CDR) and adaptation measures.





8 Conclusions

The Blue Amazon is potentially one of the largest carbon sinks on Earth but is largely overlooked. In addition, estimates of quantitative total carbon stocks, burial rates, and atmospheric exchanges of greenhouse gases in Brazilian BCEs are scarce. In this regard, systematic reviews and field/laboratory research on BC stocks in Brazilian coastal and marine ecosystems are a priority topic. It is important to publish future systematic reviews to demonstrate the gaps in current knowledge and original research to provide robust BC budgets of this extensive area.

It is necessary to improve the estimates of carbon stocks, fluxes, protection, and restoration of carbon both above- and belowground in already actionable BCEs (e.g., mangroves and seagrass meadows) and those still not-actionable (e.g., MAFs, HTFs, and macroalgal beds). However, the overall focus of current BC research on the estimations of total stocks and burial rates (habitat-bound carbon) has overlooked the mobile BC fraction, that is, carbon outwelling (lateral fluxes or horizontal exports of C to the ocean; Santos et al., 2021). Therefore, the sequestration capacity of BCEs can be largely underestimated (Santos et al., 2021; Rovai et al., 2022).

Understanding how climate change affects the carbon sequestration capacity in mature BC ecosystems (including Brazil) and during their restoration is a research priority (Macreadie et al., 2019). The role of rhodolith and fleshy macroalgal beds (sinks/donors) in BC cycling and the degree to which greenhouse gases are released following disturbance of BCEs are emerging scientific questions. Finally, we need to improve precision of the extent of BCEs, techniques to determine BC provenance, and understanding of the biotic and abiotic factors that influence sequestration in BCEs.
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The adverse impact of macroalgal blooms associated with nutrient enrichment on seagrass habitats and carbon storage potential is an ecological concern. In the present study, the soil carbon stock and sources were compared between a seagrass meadow where a serious macroalgal bloom occurred (site M) and an adjacent site without apparent macroalgae (site R) in a nutrient-enriched lagoon in South Hainan Island, China, to test whether macroalgal blooms associated with nutrient enrichment would impact the soil carbon in seagrass meadows. The soil organic carbon (OC) and total nitrogen contents in the top 30 cm at site M were significantly lower than those at site R. The soil OC stocks (top 30 cm) were 3.4 and 5.4 Mg C ha-1 at site M and site R, respectively, and no difference was observed between sampling stations with different distances offshore at either site. Soil δ13C was more enriched and closer to the δ13C of seagrass tissues at site R than at site M. Bayesian stable isotope mixing model analyses suggested that seagrass-derived material contributed ~50% to soil OC at site R, while at site M, the contribution was reduced to ~25%. The results suggested that macroalgal blooms associated with nutrient enrichment could drive the loss of seagrass-derived OC and the OC stock in the soil, which is worthy of full attention for blue carbon conservation.




Keywords: soil carbon stock, soil δ13C, total nitrogen, carbon sources, Enhalus acoroides, priming effect



Introduction

Seagrass meadows are important blue carbon ecosystems that occur in all coastal areas of the world, except along Antarctic shores (Hemminga and Duarte, 2000). The organic carbon (OC) stored in the top metre of soils was estimated to range from 9.8 to 19.8 Pg C in global seagrass meadows, comparable to the organic carbon stored in the world’s mangrove forests and tidal salt marshes (Fourqurean et al., 2012). However, due to various anthropogenic impacts, seagrass meadows are disappearing or degraded (Dunic et al., 2021). A global assessment by Waycott et al. (2009) suggested that seagrasses disappeared at a rate of 110 km2 yr-1 between 1980 and 2006, and the rates of decline have accelerated since 1990 relative to those before 1940. The decrease in seagrass extent has resulted in a loss of OC stored in seagrass soils, in an annual loss of between 63 and 297 Tg C, since the beginning of the twentieth century (Fourqurean et al., 2012).

Declines of seagrass populations have been observed in many estuarine embayments, which are often associated with anthropogenic nutrient loading (Waycott et al., 2009). Nutrient enrichment by nitrogen fertilization has been found to increase seagrass biomass and litter production (Armitage and Fourqurean, 2016; Howard et al., 2016; Qin et al., 2021), which provide more seagrass-derived detritus to be incorporated into the soil. However, increased availability of nutrients in the embayments may lead to blooms of macroalgae, phytoplankton and epiphytes, which reduces the light available for photosynthesis and decreases seagrass productivity and populations, leading to habitat loss and fragmentation (Burkholder et al., 2007; Han and Liu, 2014; Santos et al., 2020). Moreover, nutrient enrichment and macroalgal blooms may impact the quantity and quality of OC storage in seagrass soils by a ‘priming effect’, which trigger an extra decomposition of OC after providing exogenous inorganic nitrogen and labile OC to the soils (Kuzyakov et al., 2000). The priming effect of exogenous OC input on the soil mineralization of OC have been found through experimental addition of algal OC to seagrass soil (Trevathan-Tackett et al., 2018; Liu et al., 2019), or through comparing the OC contents and compositions among sites subjected to different nutrient loadings (Liu et al., 2016; Jiang et al., 2018). These results suggest that macroalgal blooms in nutrient-enriched embayments may lead to the loss of soil OC in seagrass meadows, while few studies have examined this effect.

Seagrass meadows are commonly found in China either in the tropical/subtropical regions in the South China Sea or in the temperate northern provinces. Hainan Island within the tropical Indo-Pacific bioregion has been suggested to have the greatest extent and number of species of seagrass in China (Zheng et al., 2013), where seagrass mostly occurs in lagoons and on coral platforms (Wang et al., 2012). Due to threats from sea reclamation, marine aquaculture and harvest activities, a massive loss in the seagrass extent has taken place since the 2000s (Chen et al., 2015). In some embayment areas, the nutrient input from adjacent mariculture has resulted in nutrient enrichment, macroalgal blooms, and the degradation of seagrass meadows (Wang et al., 2012). In this study, we investigated the soil OC stocks and sources in seagrass meadows in a nutrient-enriched lagoon, namely, Xincun Bay in southeastern Hainan Island, to test whether macroalgal blooms would result in a loss of soil organic carbon. We hypothesized a lower soil organic carbon stock associated with the macroalgal bloom in the nutrient-enriched area, and the macroalgal bloom also resulted in a change in the carbon composition of the seagrass soil.



Materials and Methods


Study Area

The Xincun Bay Lagoon is located southeast of Hainan Island, between 18°22′ –18°47′ N and 109°45′ –110°08′ E (Figure 1A). The region has a tropical monsoon climate, and the monthly mean temperature ranged from 20°C to 29°C from 2009 to 2018, with the highest temperature recorded in June (Weather China, 2022). The monthly mean precipitation ranges from 6-445 mm, and the annual precipitation is 2011 mm. Tides in the Xincun Bay area are mixed semidiurnal, with an annual tidal range of 1.34 m.




Figure 1 | Locations of Xincun Bay Lagoon (A) and the two seagrass sites (B), and respective typical scenes from the two seagrass sites, site M (C) and site R (D). Site M represents the nutrient enrichment site with macroalgal blooms, and site R represents the reference site without apparent macroalgal blooms. The panels A and B were created with image obtained from ArcGIS version 10.3 and National Platform for Common Geospatial Information Services (https://map.tianditu.gov.cn), respectively.



In the Xincun Bay Lagoon, seagrass meadows occur mainly along its southern coast on the sandy substrate. The seagrass is dominated by Enhalus acoroides in terms of biomass, while Thalassia hemprichii is also commonly found. However, nutrient enrichment of the lagoon area has occurred in recent decades due to various anthropogenic activities, including offshore restaurants and residences, marine aquaculture and shipping. The inorganic nitrogen concentration in the seawater around the seagrass sites increased by ~1.5 times between year 2005 and 2013 (Jiang et al., 2018). A recent study reported an inorganic nitrogen concentration of the seawater with a range of 0.10-0.38 mg N L-1 in 2017 in the lagoon area (Fang et al., 2021). The nutrient enrichment has resulted in adverse impacts on seagrass ecosystems, e.g., habitat fragmentation and macroalgal blooms. A macroalgal biomass up to 19 g m-2 was reported at a seagrass site close to fish cage culture area in the Xincun Bay, ~5 time as that at a seagrass site with greater distance (~800m versus 3 km) off the culture area (Liu et al., 2016).

In this study, sampling was carried out at two E. acoroides-dominated seagrass sites (site M and site R) on the southern coast of the lagoon (Figure 1B). Site M had a longer semi-exchange time of seawater and stronger cumulative impacts of anthropogenic nutrient input than site R (Fang et al., 2020), where intensive overgrowth of macroalgae was observed (Figures 1C, D). The macroalgae was observed at this location in 2008, indicating that the algal bloom had been lasted for a decade before our sampling. Site R represented a reference site without apparent macroalgal blooms. The two seagrass sites had similar canopy coverage, density and biomass of E. acoroides (Table S1), while site M, as observed, presented more fragmentation of the seagrass canopy. At each of the two sites, two sampling stations (LW and SW) with different distances offshore were established. LW was designated the landward station of the E. acoroides zone, while SW (~150 m away from LW) signified the seaward zone. The substrate was sandy at these two sites, consisting of >90% sand (Table S1).



Sample Collection

Soil cores were collected in January 2018 using PVC tubes (inner diameter 70 mm) with metal cutters on their bottom edges. The tubes were manually inserted into the soil at the E. acoroides-covered areas by gently turning the tube until a depth of 30 cm was reached at each sampling plot. At each sampling station, whole seagrass samples of E. acoroides (including leaves, roots and rhizomes) were collected in three replicates and transported to the laboratory. Moreover, macroalgal samples of the dominant species, Ulva lactuca were collected at site M, and seawater was sampled in triplicates using plastic bottles in the central lagoon area during the high tide period to collect the suspended particulate organic matter (SPOM).

The soils were extruded in the laboratory by inserting a plunger at the bottom of the cores and carefully drawing the PVC liner down over the plunger. The soil cores were divided into subsections at 10 cm intervals. Each subsection was weighed and then sliced into two halves, with one half oven-dried at 60°C to determine the water content of fresh samples. The other half was then air-dried after removing visible animals, plant residues and stones (> 2 mm). The whole-plant tissues of seagrass were cleaned of epiphytes and sand and dried at 60°C for 24 h. The seawater samples, after passing through a 75 μm mesh, were filtered through a precombusted 0.7 μm GF/F filter to collect the SPOM. Epiphytes on seagrass leaves were scraped and rinsed using Milli-Q water and then filtered through a filter.

The OC, total nitrogen (TN) and δ13C in the soil and plant samples were measured using a Thermo Flash EA 1112 HT-Delta V Advantages system. Air-dried subsamples of soils and seagrass tissues were placed into silver cups, acidified with diluted HCl (5%) and then oven-dried at 40°C to remove the carbonates. Filtered samples of SPOM and epiphytes for isotope analysis were acidified by fumigation overnight over 1 mol L−1 HCl to remove inorganic carbonates. The stable carbon isotopic composition is reported in the δ notation as the ratio of the heavy to the light stable isotope in the sample relative to that of a standard. The reproducibility of OC and stable isotopic analysis were 1.2% and 0.2‰, respectively.



Statistical Analysis and Estimation of Organic Carbon Sources

The normality and homogeneity of variables were checked using the Shapiro–Wilk test and Levene’s test, respectively, and if necessary, data were transformed with the Blom method to follow normality and homogeneity. A parametric three-way analysis of variance (ANOVA) was conducted to test for any effects of the sampling site, sampling station and soil depth and their interactive effects. Differences in the soil OC stocks and variables of the seagrass samples between the two sites and sampling stations were tested using two-way ANOVA. One-way ANOVA was used to compare the differences in variables among the carbon sources. The potential contributions of the primary sources (seagrass, SPOM, macroalgae and epiphyte at Site M; seagrass, SPOM and epiphyte at Site R) to the soil carbon composition were estimated using a Bayesian stable isotope mixing model, SIMMR.




Results


Soil Characteristics and Organic Carbon Stock

The soil bulk density of the top 30 cm was comparable between the two seagrass sites and between the two sampling stations according to the three-way ANOVA test (Figure 2A and Table S2), while a difference was found between the surface (0-10 cm) and the 20-30 m layer (Table S3). The OC content in the top 30 cm of the soil showed significant differences with the seagrass site and soil depth. The degraded site had OC values ranging between 0.47 mg g-1 and 1.06 mg g-1, which were lower than those measured at the site R (0.80-1.86 mg g-1). No significant difference in soil OC content was found with distance offshore (Figure 2B), and its value was significantly lower in the bottom layer than in the two upper layers. Similar spatial variation patterns of the soil OC density (0.78-2.61 g cm-3) to those of the soil OC content were observed in this study (Figure 2C), and higher values were measured at the site R and in the top 20 cm soil layers.




Figure 2 | Soil parameters of the two sampling stations at the two seagrass sites (M and R) in the Xincun Bay lagoon: (A) bulk density, (B) OC content, (C) OC density, (D) TN content, (E) C:N ratio and (F) δ13C. LW, landward station; SW, seaward station.



The  mean soil TN content was < 0.11 mg g-1 at site M (Figure 2D), while at site R, the value was higher and reached 0.36 mg g-1. In contrast, site R presented a significantly lower C:N ratio (in weight) than the values at site M (Figure 2E). There was no significant change in soil TN and the C:N ratio with either soil depth or sampling station.

The soil OC stock was higher at site R than at degraded site M (F=22.661, p<0.01) and was similar between the two sampling stations (F=0.974, p>0.05). The OC stocks were 3.5 ± 0.4 Mg C ha-1 (M-LW), 3.4 ± 0.4 Mg C ha-1 (M-SW), 5.8 ± 0.8 Mg C ha-1 (R-LW) and 5.1 ± 1.1 Mg C ha-1 (R-SW) in the top 30 cm soil at the four seagrass stations.



Characteristics of Primary Sources and Soil Organic Carbon Sources

The δ13C and C:N ratios of the SPOM were -21.89 ± 0.32‰ and 2.44 ± 0.14, respectively, in the Xincun Bay lagoon. The seagrass tissues had comparable δ13C, OC, TN contents and C:N ratios between the two seagrass sites and between the two sampling stations (Table 1 and Table S4). Seagrass tissues had the most enriched 13C, and their δ13C values were -8‰. The epiphytes had lower mean δ13C and C:N ratios than the macroalgal and seagrass tissues; the macroalgal and seagrass tissues had comparable C:N ratios.


Table 1 | δ13C, organic carbon (OC) content, total nitrogen (TN) content and C:N ratio (in weight) of macroalgae (Ulva lactuca), epiphytes and seagrass (Enhalus acoroides) samples in the Xincun Bay Lagoon.



There were significant main effects of the seagrass site, sampling stations and soil depth on the soil δ13C, and a significant interaction of the seagrass site with sampling depth was found (Figure 2F and Table S3). The soil δ13C were more enriched at site R and were closer to the δ13C of the seagrass tissues at each soil layer. No significant difference in soil δ13C with soil depth was found at site M, while the value became less negative when soil depth increased at site R. The soil δ13C followed an increasing trend with soil OC (r=0.553, p<0.01). The SIMMR mixing model estimations showed a dissimilarity in the composition of carbon sources as assigned to the top 30 cm of the soil (Table 2). At site R, seagrass-derived material likely contributed more than the epiphytes and SPOM, and its respective proportional contribution was similar between the two stations. At site M, the seagrass reduced its contribution to the soil OC relative to its performance  at site R, and macroalgae had a greater contribution than seagrass at both sampling stations.


Table 2 | Means and ranges of proportional contributions of the potential sources to the soil organic carbon at the two seagrass sites in the Xincun Bay Lagoon.






Discussion

The present study compared the ecosystem OC stocks and soil carbon sources between the two seagrass sites in the nutrient-enriched lagoon, and the results showed that the OC content in the top 30 cm soil at the degraded seagrass site where macroalgae overgrew (site M) was 37% lower than that at the site R less impacted by macroalgae, with a low soil OC stock and more negative δ13C value. The results suggest that macroalgal blooms due to nutrient enrichment would impact the soil OC stock and the carbon composition of seagrass soil. We also found differences in the soil TN content and C:N ratio between the two seagrass sites.

The OC stocks in the Xincun Bay were 3.4 and 5.4 Mg C ha-1 in the top 30 cm of the soil at site M and site R, respectively, which were lower than the soil OC stocks at the same depth reported in other seagrass meadows in the tropical and subtropical areas (Lavery et al., 2013; Miyajima et al., 2015; Serrano et al., 2021; Table S5), especially those in North Sulawesi in Indonesia (32-68 Mg C ha−1, Chen et al., 2017) and the Colombian Caribbean (50-85 Mg C ha−1, Serrano et al., 2021). The low soil OC stock in the Xincun Bay was attributed to the low OC content in the sandy seagrass soil. The soil OC contents (0.47-1.86 mg g-1) at our sampling sites are comparable to those reported by Jiang et al. (2018) at other seagrass sites (0.5-2.3 mg g-1) in Xincun Bay and are much lower than the values reported at other seagrass sites (Table S5) and the global average OC content, 25 mg g−1, in seagrass soils (Fourqurean et al., 2012). Previous studies have suggested a low OC content strongly related to a high proportion of coarse grain size of seagrass soils (Dahl et al., 2016), and that the OC in coarse-grained soils is more refractory than in fine-grained soils (Howard et al., 2021).

The present study measured a lower soil OC content and stock at the site M where macroalgal bloom had occurred for no less than a decade than at the site R, and we consider that the macroalgal bloom due to nutrient enrichment may result in the loss of OC in seagrass soils. The macroalgal bloom reduces advective water exchange in seagrass meadows, and the rapid decomposition of macroalgal materials produces more labile carbon as a potential source of soil OC. Experimental additions of algal tissues to seagrass soils have shown promoted invertase and polyphenol oxidase activities in the soils (Liu et al., 2019) and stimulated metabolism and loss of recalcitrant components (lignin and lipids) in the seagrass litter (Liu et al., 2020) or in the soils (Trevathan-Tackett et al., 2018). During our sampling, we observed a deposited liquid layer with a dark brown colour over the soil surface from macroalgal decomposition at site M. The priming effect of the labile OC released from the rapid decomposition of macroalgae would stimulate the mineralization and loss of intrinsic OC in the seagrass soil at site M in this study. The soils in fertilized nutrient-enriched seagrass meadows were also found to present stimulated exocellular enzyme activities associated with carbon cycling (López et al., 1998; Liu et al., 2017), which are suggested to enhance the decomposition and consequent loss of soil OC in coastal wetlands (Luo et al., 2017). The soil OC contents at our sites before the macroalgal bloom were not available; however, we suspect that the soil OC content before macroalgal bloom at site M was no less than that at site R, because site M had had a longer semi-exchange time of seawater and reduced wave energy, which favours the burial of more organic carbon in the soil (Mazarrasa et al., 2021). The lower soil OC content and stock at the site M therefore indicate a loss of OC relative to the site R.

Decrease in OC content with depth is a common feature of soil profile of OC in seagrass meadows (Fourqurean et al., 2012), as was found at the site R in this study. The upper layer at the site M as the interface of macroalgae and soil, receives high macroalgal OC loading. A more pronounced loss of soil OC therefore may be expected at the upper layer relative to the deeper layers, leading to different soil profile of OC at the site M from that at site R. This is contrarily to our result at the site M showing a lower OC content in the 20-30cm layer than the upper layers. We consider that the loss of soil OC in the deeper layer could also be apparent because the macroalgal OC could reach the deeper layer of the sandy soil through penetration and bioturbation, and trigger the mineralization of OC at a higher rate than that in the upper layers (Trevathan-Tackett et al., 2018). Soil profile of δ13C at the two sites suggested a more pronounced impact of macroalgal bloom on the OC composition in the deeper layer. Moreover, the low OC content in the deeper layer may also be attributed to continuous burial of depleted OC by macroalgal bloom along with the sedimentation. However, the lack of dating of soil in this study would affect the interpretation of the observed differences in soil OC with seagrass site and soil depth; further studies are therefore deserved to investigate the priming effects of macroalgal bloom on the soil profile of OC content and composition, with the duration of macroalgal bloom and dating of soil considered.

Seagrasses contribute to the OC sequestration in their soils in the form of their above-/belowground litter, and ~16% of their net primary production was estimated to be buried in the soil pool of the global seagrass meadows (Duarte and Krause-Jensen, 2017). The seagrass canopy also enhances the deposition of imported organic matter by tides by trapping seston particles by seagrass leaves and reducing the particle-carrying capacity of the water (Chen et al., 2017). Studies have demonstrated that the soil OC sequestration and stock in seagrass meadows are highly related to the vegetation population (Serrano et al., 2019; Bedulli et al., 2020), while the loss of the seagrass canopy would result in the erosion of soil carbon stocks (Marbà et al., 2015). In this study, there was no significant difference in the seagrass population of the sampled patches between the two sites (Table S1); however, the fragmentation of the seagrass habitat, a finding also reported by Santos et al. (2020), would also contribute to the loss of OC in the seagrass soils at site M because continuous meadows have a stronger carbon-holding capacity than patchy ones (Ricart et al., 2015; Ricart et al., 2017).

The soil δ13C values measured at the two seagrass sites reflect a different carbon composition between these two sites. Organic carbon in seagrass soil is potentially derived from seagrass and allochthonous sources, including phytoplankton and epiphytes (Kennedy et al., 2004). Previous studies recognized seagrass tissue as the major contributor to the soil carbon pool under the seagrass canopy, with a global mean of ~50% of the carbon in the surface soil derived from seagrass sources (Kennedy et al., 2010). The soil δ13C in this study fell within a narrow range between -11.8‰ and -13.8‰ at the site R, closer to the seagrass signature than the SPOM, indicating a potentially major contribution of seagrass material to the soil OC composition. The soil δ13C was more negative at the degraded site M due to the incorporation of more 13C-depleted sources (e.g., macroalgae) and mineralization of seagrass detritus in the soil, as reflected by the increase in soil OC with less negative δ13C. In our study, soil cores were collected in the E. acoroides-covered area, and E. acoroides and U. lactuca were sampled as the single sources of seagrass and macroalgal, representatively. During our sampling, T. hemprichii and another macroalgal Enteromorpha sp. were also found, and they had a similar δ13C to those of E. acoroides and U. lactuca, respectively (Tables 1, S6). Other studies also reported a similar δ13C of whole plant samples between T. hemprichii and E. acoroides, and a similar δ13C of Hypnea boergeseni, another species ever observed in the seagrass sites, to that of Ulva species in the Xincun Bay (Liu et al., 2016; Jiang et al., 2018). Regarding the dominance of the E. acoroides and U. lactuca and the similarity in δ13C between seagrass/macroalgae species, we consider that the carbon sources extrapolated using E. acoroides and U. lactuca signatures could be representative.

In the present study, we found a more rapid decline in the soil TN content than the OC content, leading to a higher soil C:N ratio at the degraded site, suggesting that nutrient enrichment and macroalgae would impact N metabolism in seagrass soil. We suspect that the soil microbes supplied with labile macroalgal or epiphytic sources with lower C:N ratios than the soil values would consume nitrogen in the seagrass soils. Further studies are needed to investigate the soil nitrogen metabolism in seagrass meadows under nutrient enrichment and macroalgal impacts.



Conclusion

In this study, we measured a lower soil OC content and stock at the nutrient-enriched seagrass site where macroalgae bloom than at the site without apparent macroalgae located in the same lagoon and suggest that the degradation in the seagrass habitat and the macroalgal bloom due to nutrient enrichment drove the loss of seagrass-derived OC in the soil pool. The seagrass soils at Xincun Bay are relatively OC-poor and have low OC stocks, and we consider that the loss of the limited OC sequestered in the soil due to the priming effect of macroalgal bloom is worthy of full attention. Our results also suggest that nutrient enrichment and macroalgae would impact nitrogen metabolism, which deserves future detailed studies.
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The important role of vegetated ecosystems in the sequestration of carbon has gained strong interest across a wide variety of disciplines. With evidence growing of the potential for macroalgae ecosystems to capture carbon, there is burgeoning interest in applying newfound knowledge of carbon capture rates to better understand the potential for carbon sequestration. Seaweed farms are expected to play a significant role in carbon capture; advocates for the expansion of seaweed farms are increasing in many countries. In general, seaweed farms are expected to be highly productive, although whether they are autotrophic or heterotrophic ecosystems and hence potential exporters of carbon, is under debate. Therefore, we present our investigation of three seaweed farms, two in northern Japan and one in southern Japan. We examine the frequency of autotrophic days and compare potential rates of carbon capture of the seaweed farms with two natural macroalgae ecosystems and one degraded site. We estimated potential carbon capture rates by calculating the net ecosystem productivity from continuous recordings of dissolved oxygen concentrations under natural environmental conditions. The net ecosystem production rates for the natural ecosystems in Arikawa Bay and Omura Bay were equivalent to 0.043 and 0.054 [g C m-2 d-1] m-1, respectively. Whereas, for the degraded ecosystem in Tainoura Bay, it was -0.01 [g C m-2 d-1] m-1. We reveal that the Undaria pinnatifida farm in Matsushima Bay experience autotrophy more often than natural ecosystems, although for seaweed farms producing U. pinnatifida in Hirota Bay and Cladospihon okamuranus at Bise Point, autotrophy was less frequently observed. Nevertheless, up to 14.1 g C m-2 (0.110 g C m-2 d-1) was captured by the production of U. pinnatifida and 3.6 g C m-2 (0.034 g C m-2 d-1) was captured by C. okamuranus, and the total yield of carbon captured during 2021 production season for these farms was 43,385 kg C.
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Introduction

Vegetated ecosystems are expected to play an important role in sequestering carbon. Interest and research in carbon sequestration by vegetated coastal ecosystems are driving the development of blue carbon strategies to mitigate the effects of climate change (McLeod et al., 2011; Siegel et al., 2021). Some evidence suggests that macroalgae ecosystems can capture carbon dioxide from the environment just as effectively as seagrass, mangrove, and salt marsh ecosystems (Hill et al., 2015; Trevathan-Tackett et al., 2015; Ortega et al., 2019; Gouvêa et al., 2020). Hence, it is expected that macroalgae ecosystems, which cover approximately 3.4 million km2 of coastal ocean area, can capture approximately 1.5 Gt C yr-1 (Krause-Jensen and Duarte, 2016). Estimates suggest that approximately 165 Mt C yr-1 may be sequestered for time-scales relevant to the mitigation of climate change (Frontier et al., 2021). Hence, interest in developing seaweed aquaculture as a carbon mitigation tool can be attributed to their global coverage, high rates of productivity, and the perception that there is a high social and economic cost of carbon removal in terrestrial ecosystems (Chung et al., 2011; Boysen et al., 2017).

Approximately 48 million km2 of ocean area is believed to be suitable for seaweed aquaculture and has the potential to create a carbon neutral industry by combining traditional fin-fish aquaculture with seaweed aquaculture (Froehlich et al., 2019). Based on annual landings of seaweed harvests from aquaculture farms, an estimated 0.7 Mt C yr-1 was captured in the Asian-Pacific region (Sondak et al., 2017). The global seaweed aquaculture harvest is expected to capture 680 Mt C yr-1 from the environment (Duarte, 2017).

In contrast to seagrass dominated ecosystems, which are expected to sequester some of the captured carbon locally within the sediment of their habitat, macroalgae dominated ecosystems are less able to sequester carbon locally because most macroalgae occur on rocky substrate. Macroalgae ecosystems are expected to export a large fraction of the carbon that is captured through photosynthesis and serve as a carbon source — captured carbon (i.e., about 11% of macroalgal net C production) is exported to adjacent environments and deposited in sediments for relevant time-scales (Krause-Jensen et al., 2018). Recent studies indicate that the biomass produced by macroalgae may continue to capture carbon through photosynthesis after becoming detached from the substrate or thallus as they are exported out of the local habitat and enhance the deposition of detritus away from rocky habitat and into sediments, which can facilitate carbon sequestration (Krumhansl and Scheibling, 2012; Pedersen et al., 2020; Frontier et al., 2021; Smale et al., 2021). The potential for mitigating greenhouse gases, especially carbon dioxide, with macroalgae ecosystems or macroalgae aquaculture is debatable (Muraoka, 2004; Hill et al., 2015; Fillbee-Dexter and Wernberg, 2020; Gallagher et al., 2021; Gallagher et al., 2022) and their status as climate mitigating carbon sinks requires careful inquiry (Howard et al., 2017). Nevertheless, macroalgae ecosystems and seaweed aquaculture are increasingly touted as a key blue carbon strategy (Krause-Jensen and Duarte, 2016; Duarte and Krause-Jensen, 2017; Duarte et al., 2017; Krause-Jensen et al., 2018; Froehlich et al., 2019; Ortega et al., 2019; Fillbee-Dexter and Wernberg, 2020).

There is little field evidence regarding the amount of carbon removed by seaweed aquaculture farms. Nevertheless, Saccharina japonica farms in the Yellow Sea increased dissolved oxygen concentrations and exhibited a deficit in pCO2 (Xiao et al., 2021). However, a recent study suggests that macroalgae ecosystems are generally heterotrophic and rather than exporting carbon to the deep ocean, these ecosystems are local producers of carbon dioxide due to the influence of allochthonous organic matter sources (Gallagher et al., 2022). Therefore, we explore the potential of seaweed farms in Japan to capture carbon and compare them to natural ecosystems dominated by macroalgae. We infer the potential of seaweed farms and natural ecosystems to capture carbon by estimating their net ecosystem production using continuous recordings of dissolved oxygen, evaluating the proportion of autotrophic days in these ecosystems, and by estimating carbon captured from the total yields of the farms. We expected that the seaweed farms were autotrophic more often than natural ecosystems, since natural ecosystems are expected to be primarily heterotrophic (Gallagher et al., 2022).



Materials and Methods


Study Sites, Period, and Macroalgae Taxa

Our data was collected from two natural seaweed ecosystems, one degraded seaweed ecosystem, and three seaweed farms from six geographic location across Japan (Figure 1). The natural ecosystems that were examined were seaweed beds dominated by a variety of Sargassum taxa. The degraded ecosystem is one that was previously a seaweed abundant ecosystem that has degraded into a state of isoyake (i.e., a state where a seaweed ecosystem degraded into an ecosystem devoid of habitat forming seaweed; Fujita, 2010; Vergés et al., 2014; Eger et al., 2022). Two clusters of seaweed farms were monitored: Undaria pinnatifida farms in the north and a Cladosiphon okamuranus farm in the south (Table 1 and Figure 1).




Figure 1 | Location of the sites monitored during the study.




Table 1 | Location, state, survey period, the number of recorded days (Survey days), the mean and standard deviation of the temperature during the survey period, and the mean fetch of the study sites.



Matsushima Bay and Hirota Bay are located in northern Japan and are the sites of the U. pinnatifida farms (Table 1 and Figure 1). Both bays have predominantly silty substrates. The seaweed farm at Matsushima Bay is in relatively shallow (ca. 5 m) and enclosed waters, whereas the seaweed farm at Hirota Bay is in deep water with depths ranging from 30 to 40 m. Both bays open to the east, where the mean fetch (number of vectors at the fixed limit) for Hirota Bay was 4832 m (37), whereas the mean fetch for Matsushima Bay was 3254 m (4). Both Matsushima Bay and Hirota Bay experience a similar range in salinity, ranging from 30 to 35 (Ichikawa et al., 2009; Jianxi et al., 2020). Besides U. pinnatifida, commercial cultivation of oysters, Pyropia spp., and Saccharina spp. are present in Matsushima Bay, while scallops are cultivated in Hirota Bay.

Bise Point is located in southern Japan and is the site of the C. okamuranus farm. Here, the farm is located within the lagoon of a coral reef in 3 to 6 m of water and faces the ocean to the east with a mean fetch of 7336 m (62). Cultivation of C. okamuranus occurs in the lagoon to minimize exposure to strong hydrodynamic forces. Corals and seagrasses such as Thalassia hemprichii, Cymodocea rotundata, and Halodule uninvervis can often be observed within the lagoon where salinity ranges from 32 to 35 (Higuchi et al., 2014).

Omura Bay, Arikawa Bay, and Tainoura Bay are located in Nagasaki Prefecture, in western Japan. Omura Bay is a highly enclosed bay, with a narrow and restricted entrance to the northeast. The study site has a mean fetch of 1584 m (3) and is a Sargassum spp. dominated ecosystem. The sediment at the site of Omura Bay is a mix of rock and sand. Salinity ranges from 30 to 35 (Nogami and Matsuno, 2001; Tsuchiya et al., 2018). Arikawa Bay and Tainoura Bay are in Nakadori Island, of the Goto Archipelago. Arikawa Bay is a wide north facing bay and is open to the ocean with a mean fetch of 2473 m (14). Tainoura Bay is a long narrow bay facing east with a mean fetch of 1016 (8) and is the site of an ecosystem degraded into an isoyake state, whereas Arikawa Bay is the site of a Sargassum spp. dominated ecosystem. Both bays have similar substrates, which is a mix of rock and sand.

All the sites examined in our study are located near large municipalities with armored shores. Although no major rivers drain into study sites, small streams and stormwater drains are present along the shore. Based on the mean fetch, we can rank the relative exposure of the sites from highest to lowest: Bise Point, Hirota Bay, Matsushima Bay, Arikawa Bay, Omura Bay, and Tainoura Bay. Data collection for the natural ecosystems occurred throughout the year; however, there are some gaps in the collection period due equipment malfunction and interruptions caused by tropical storms. Also, data collection for the seaweed farms were restricted to the production season (Table 1). The period of seaweed production is variable and occurs for less than 6 months of the year. Variations in the production period also occurs due to the cultivation of different species and the differences in the environmental conditions. Therefore the comparisons made in this study are made with knowledge of this limitation.



Temperature and Dissolved Oxygen

Water temperature and dissolved oxygen concentrations were recorded with dataloggers (U26-001, Onset Computer Corporation, Bourne, MA, USA) at a rate of one sample every ten minutes. The U26-001 is an optical sensor that uses fluorescence to measure dissolved oxygen concentrations. Loggers were calibrated before and after deployment and referenced against a hand-held optical dissolved oxygen sensor (ProODO, Xylem Inc., Yellow Springs, OH, USA). In the natural and degraded ecosystems, one datalogger was placed directly above the sediment, another 50 cm above the sediment, and third 50 cm below the water surface (i.e., a total of three instruments and mean depth of 3 m for Omura Bay, 5 m for Arikawa Bay, and 8 m for Tainoura Bay). The dataloggers at the seaweed aquaculture farms were placed on the cultivation ropes and 1 m (Bise Point) and 2 m (Hirota Bay and Matsushima Bay) below the cultivation ropes (i.e., a total of two instruments). The instruments were placed so that the majority of the biomass of the seaweed were between the data loggers. Recordings were carried out for four to twenty days before the instruments were retrieved for maintenance and data offloading (e.g., Hinode et al., 2020). Calculations of productivity (as described below) is based on the ensemble mean of the dissolved oxygen time-series recorded by the dataloggers, to account for vertical heterogeneity.



Light and Wind Speed

To determine daylength and to calculate the air-sea gas flux of oxygen, the photosynthetic photon flux density (S-LIA-M003, Onset Computer Corporation, Bourne, MA, USA) and wind speed (S-BPB-CM50, Onset Computer Corporation, Bourne, MA, USA) were recorded to a datalogger (USB Microstation, Onset Computer Corporation, Bourne, MA, USA) at a rate of one sample every ten minutes. One set of instruments were deployed at each site. At the natural ecosystems, the measurements were taken one meter above the seawater surface by placing the equipment on a floating raft; however, at the seaweed aquaculture farms, the instruments were placed 10 m above ground at nearby boat harbors. Data was recorded for four to twenty days (e.g., Hinode et al., 2020).



Estimating Productivity

The gross ecosystem production (GEP) rates and ecosystem respiration (ER) rates were estimated from the diurnal fluctuations of the dissolved oxygen concentration with the open-water method (Hanson et al., 2008; Staehr et al., 2010; Champenois and Borges, 2012; Berg et al., 2019; Hinode et al., 2020), therefore the data includes not only the physiological processes of photosynthetic organisms, but also includes the respiration of non-photosynthetic organisms (see Gallagher et al., 2022 for details on the processes occurring in open systems). Briefly, the net ecosystem production (NEP) rate can be defined as NEP = GEP + ER, where GEP are positive values and ER are negative values. NEP rates (NEPt) with respect to sampling time (i.e., Δt = 10 minutes) are calculated as the time rate-of-change of the dissolved oxygen concentrations   determined from a smoother fitted with a generalized additive model (GAM) and the calculated flux (FO2,t) at the air-sea interface (Wanninkhof, 1992). The smoother for the GAM was a thin-plate spline, and the distribution was assumed to be Gaussian (Wood, 2011). Physical flux of dissolved oxygen within the water column cannot be evaluated by this method, however given the relative size of our measurement sites, our experience shows that any concentration gradients that could affect the measurements tend to sum to zero. Hence, we define the daily rates of NEP as the sum of the flux-corrected NEP rates (NEP=∑NEPt), and are approximations to NEP. The daily rates of ER are the sum of flux-corrected NEP rates occurring during the night (Hn), which were then normalized to 24 hours  . We assume that ER occurring during the night is representative of ER occurring over 24 hours. It is important to note that at the spatial scale of this study, unmeasured processes such as the physical flux of oxygen and the calcium carbonate cycle should be expected to influence GEP estimates, regardless of methodology (Holtgrieve et al., 2010; Staehr et al., 2012; Smith, 2013; Macreadie et al., 2017). Nevertheless, after assuming a 1:1 relationship between O2 production and CO2 consumption (Gauthier et al., 2018), we refer to NEP interchangeably with carbon capture potential, where the conversion rate of O2 to C was 0.375. Units normalized to unit depth, given the vertical position of the data loggers, and are presented in [g m-2 d-1] m-1. It is important to recall that the vertical position of the data loggers was designed to maximize the fidelity of the dissolved oxygen fluctuations caused by photosynthetic and respiratory activity in the study system.

The total yield and carbon content of U. pinnatifida and C. okamuranus was determined for the 2021 production season. The percent carbon content for the seaweeds were determined from 5 haphazardly selected thalli for each taxa collected on 30 April 2021 for C. okamuranus, 14 March 2021 for U. pinnatifida from Matsushima Bay, and 15 April 2021 for U. pinnatifida from Hirota Bay. The whole thalli was analyzed for the C. okamuranus specimens. However, due to the large size of the U. pinnatifida specimens, a 20 mm diameter section of the frond was excised from the widest portion of the frond and used in the carbon content analysis. The seawater on the samples were carefully removed from their surfaces by blotting with a paper towel. The samples were dried in an oven (EYELA WFO-500, Tokyo Rikakikai Co., Ltd., Tokyo, Japan) for 12 hours at 80 °C. The dried samples were pulverized with a mortar and pestle, and the carbon content was measured with a CHN analyzer (Flash 2000, Thermofisher Scientific, Waltham, MA, USA).



Data Analysis

Inclement weather conditions caused periods of missing light and wind data. In the case of missing wind values, wind speeds were interpolated by fitting a generalized additive model to the wind, gust, and barometric pressure measurements publicly available from the Japan Meteorological Agency (https://www.jma.go.jp/). The smoother for the generalized additive model was a tensor smooth of the three variables (i.e., wind speed, gust speed, and barometric pressure) with a normal distribution and an identity link-function. The Matsushima Bay observations referenced the wind and gust speed data from the Shiogama station and the barometric pressure from the Ishinomaki station, the Hirota Bay observations referenced the wind and gust speed data from the Kesen’numa station and the barometric pressure from the Ishinomaki station, the Bise Point observations referenced Nago station, and Arikawa Bay and Tainoura Bay observations referenced the Fukue station. No interpolation was needed for the Omura Bay observations. Interpolating light values resulted in poor estimates; however, the light data was only required to estimate day length, therefore the crepuscule function from the R package maptools was used to calculate day length for each study site (Bivand and Lewkin-Koh, 2021).

The relative wind exposure of each site was estimated by calculating the wind fetch with the fetchR package (Blake, 2020). A total of 108 vectors radiating out from each GPS coordinate (Table 1) were initially generated in a 2π radial pattern (see Supplement for details). The upper limit of the vectors was initialized to 10,000 m. Vectors that reached an obstruction (i.e., shoreline) was truncated and the mean values of these vectors were determined. Vectors that were not truncated (i.e., 10,000 m), were included and the numbers of untruncated vectors recorded. The mean wind fetch and number of untruncated vectors is a proxy for the physical conditions (e.g., wind and wave exposure) of the sites.

A generalized linear model (GLM) was used to analyze the effect of site (i.e., Hirota Bay, Matsushima Bay, Arikawa Bay, Tainoura Bay, Omura Bay, and Bise Point) on the daily NEP rates. A Student’s t-distribution with an identity-link function was applied to the GLM. The variance for each site was modeled separately using a log-link function. The Student’s t-distribution with 3 degrees-of-freedom, a location of 0, and a scale of 2.5 was the prior distribution that was applied to all parameters of the GLM. However, and a Gamma distribution with a shape of 2 and an inverse scale of 0.1 was applied to the degrees-of-freedom parameter for the GLM.

A GLM was also used to analyze the effect of site (i.e., Hirota Bay, Matsushima Bay, Arikawa Bay, Tainoura Bay, Omura Bay, and Bise Point) on the frequency of autotrophic days (i.e., positive rates of net ecosystem production). A Bernoulli distribution with a logit-link function was applied to this model and the prior distributions for the model parameters were similar to those applied in the GEP analysis. We did not include temperature or wind fetch as predictors in either of the GLMs, since they would be confounded with site.

All analyses were done with R version 4.1.2 (R Core Team, 2021) and days with missing values or erroneous measurements were excluded from the analysis. We used the brms package (Bürkner, 2017; Bürkner, 2018) to fit the model and ran four Markov chains for at least 4000 iterations each. The posterior distribution and convergence of the Markov chains were assessed visually. We report the mean and standard deviation of the observed rates of GEP, NEP, and ER. These values are unconditional with respect to the model and hence are not restricted to distributional assumptions. As the data was not normally distributed, our discussion focuses on the conditional means estimated by the GLM, which are conditional on the model and data, and minimize the influence of the outliers. The value of the unconditional and conditional mean may differ in sign and magnitude (especially for values near zero) and likely indicates the effect of the scaled t-distribution of the model on the conditional mean.




Results

The mean temperature observed during the study period across the sites ranged from 8.3 to 21.8°C (Table 1) and was lowest at the northern sites; however, the mean temperatures do not reflect yearly means for the seaweed aquaculture farms, since they were only collected during production season of Undaria pinnatifida and Cladosiphon okamuranus. From the 1726 daily observations, 169 observations were excluded from the analyses if the calculated values of GEP was less than zero or ER was greater than zero. An examination of the daily NEP rates indicated a symmetrical distribution with long tails, hence the use of a scaled t-distribution to model the error term in the GLM. However, the observations for all sites, except for Hirota Bay, (Figure 2) had a light negative skew (i.e., long tails to the left) when compared to the results of the model.




Figure 2 | The observed (colored points) and conditional mean of the net ecosystem production (black symbols) rates of the study sites. The black horizontal lines indicate the 95% highest density credible interval of the predicted values. Hirota Bay and Matsushima Bay are the Undaria pinnatifida aquaculture farms, Bise Point is the Cladosiphon okamuranus aquaculture farm, Arikawa Bay and Omura Bay are sites of the natural Sargassum spp. ecosystem, and Tainoura Bay is a site where a seaweed ecosystem has degraded into an isoyake state. The net ecosystem production in O2 and C are calculated assuming a 1 to 1 molar ratio.



In general, the mean daily NEP rates of the observations were negative in all seaweed farms, the natural ecosystem of Omura Bay, and the degraded site of Tainoura Bay (Table 2). The NEP rates were most positive at Arikawa Bay and most negative at the C. okamuranus farm at Bise Point. The mean daily GEP rates of the observations were highest at Bise Point, whereas it was the lowest at the U. pinnatifida farm at Hirota Bay. Natural ecosystems and the U. pinnatifida farm at Matsushima Bay had intermediate values of GEP and ER and followed similar patterns. ER rates reflected the GEP observations.


Table 2 | The mean and one standard deviation (SD) of the observed rates of gross ecosystem production (GEP), net ecosystem production (NEP), and the ecosystem respiration (ER) determined from three seaweed aquaculture farms (Undaria pinnatifda and Cladosiphon okamuranus) and three natural ecosystems in Japan.



The GLMs clearly indicated that NEP and the frequency of autotrophic days differed among sites.

Unlike the mean values of the observations, the conditional means of the NEP from the GLM analysis followed a slightly different pattern. Applying a scaled t-distribution generally made little to no differences between the unconditional mean of the observation and the conditional means of the GLM. However, the long tails in the observations for Matsushima Bay and Omura Bay lead to slightly negative unconditional means (Table 2), whereas controlling for extreme values led to positive conditional means (Table 3).


Table 3 | The mean and 95% highest density credible interval for the expectations of the generalized linear model (GLM) of the net ecosystem production (NEP) and the autotrophic frequency.



These effects are observed because a scaled t-distribution dampens the effect of relatively extreme observations. The GLM results of the NEP observations indicated that the C. okamuranus farm at Bise Point had the least positive conditional mean value while the natural Sargassum spp. ecosystem at Omura Bay had the most positive conditional mean value (Figure 2). Leave-one-out cross validation indicated that the difference in the expected log pointwise predictive density (elpd) between the NEP GLM and a null model (i.e., no explanatory variables) was 143.2 ± 19.9 (mean ± one standard error), supporting the NEP GLM over the null model (Vehtari et al., 2017). The GLM of the frequency of autotrophy indicated that the C. okamuranus farm at Bise Point was most often heterotrophic (26%); the U. pinnatifida farm at Hirota Bay was the second most heterotrophic site (34%; Figure 3 and Table 3). In contrast, the two Sargassum sp. ecosystems at Arikawa Bay and Omura Bay, and the U. pinnatifida farm at Matsushima Bay were most often autotrophic (> 50%). The GLM of the autotrophic frequency had an elpd of 24.1 ± 7.6, indicating support over the null model.




Figure 3 | The frequency of autotrophic days predicted by a generalized linear model. The colored points indicate the predicted values, and the colored lines indicate the 95% highest density credible interval. Hirota Bay and Matsushima Bay are the Undaria pinnatifida aquaculture farms, Bise Point is the Cladosiphon okamuranus aquaculture farm, Arikawa Bay and Omura Bay are sites of the natural Sargassum spp. ecosystem, and Tainoura Bay is a site where a seaweed ecosystem has degraded into an isoyake state.



The total yield for each of the farms are known, and was 120, 40, and 6.8 tons for the U. pinnatifida farms in Hirota Bay, Matsushima Bay, and the C. okamuranus farm at Bise Point, respectively (Table 4). The intensity of the carbon yield was calculated after determining the % carbon content of the cultivated seaweeds and ranged from 3.7 to 14.1 g C m-2 (Table 4).


Table 4 | The total yield and estimated amount of carbon captured by the seaweed farms at Hirota Bay, Matsushima Bay, and Bise Point during their respective cultivation season.





Discussion

An ultimate goal would be to estimate the carbon sequestration rate of seaweed farms; however, without information regarding the export and import of carbon from allochthonous sources (see Gallagher et al., 2022), as well as the knowing the fate of cultivated seaweed, we can only estimate the carbon sequestration potential of our study sites. Nevertheless, we provide field estimates of the carbon sequestration potential of seaweed farm sites in Japan and also provide estimates of natural ecosystems and a degraded ecosystem for context. We expected NEP to be more positive in seaweed farms compared to the natural and degraded ecosystems, since natural ecosystems are expected to be primarily heterotrophic (Gallagher et al., 2022) and degraded ecosystem are deficient in primary producers, but our results were mixed and given the limitations of the data the model results provided should not be interpreted strictly as one system functioning more efficiently than the other. Nevertheless, the key finding of this study was that the field data clearly shows how seaweed aquaculture may not necessarily lead to carbon capture, and the potential to capture carbon may depend on taxa. For example, the conditional means of NEP for the U. pinnatifida farm at Matsushima Bay was 0.041 [g C m-2 d-1] m-1 (Figure 2, Table 3). Among the seaweed farms, this site had the second highest rate of GEP (Table 2) and was autotrophic 56% of the time (Figure 3 and Table 3). In contrast, the C. okamuranus aquaculture farm at Bise Point had the highest rate of GEP among the aquaculture farms, however the NEP was most negative (Figure 1 and Tables 2, 3), and the aquaculture farm was only autotrophic 26% of the time (Figure 2 and Table 3).

Within taxa, the two U. pinnatifida seaweed farms clearly differed in NEP, where the conditional mean difference NEP between the Hirota Bay (-0.041 [g C m-2 d-1] m-1) and Matsushima Bay (+0.041 [g C m-2 d-1] m-1) differed by aquaculture farms was -0.083 (-0.13 to -0.038) [g C m-2 d-1] m-1 (95% highest density credible interval). However, the intensity of carbon yield at Hirota Bay was 3.8 times greater than at Matsushima Bay (Table 4). We speculate that greater carbon yield intensities occurring at the Hirota Bay farm stimulated the release of dissolved organic carbon and/or particulate organic carbon by U. pinnatifida (Wada et al., 2008; Chen et al., 2020). Although some of this material is exported out of the ecosystem (Krause-Jensen and Duarte, 2016), the release of this material can result in locally increased rates of ecosystem metabolism, through incorporation into the food-web (Sosik and Simenstad, 2013; Renaud et al., 2015; Paine et al., 2021). Additionally, it is unlikely that the U. pinnatifida produced at the aquaculture farms influenced the results, since both farms used the same cultivar provided by the authors (Sato et al., 2021a). Although the carbon yield intensity was also higher at Hirota Bay, compared to Matsushima Bay, evidence suggests that these differences were due to natural variation (Gao et al., 2014).

The GLM also indicated the C. okamuranus farm at Bise Point was heterotrophic (Table 3). In contrast to U. pinnatifida, which are cultivated on ropes, C. okamuranus are cultivated on nets (Sato et al., 2021b). However, the final yield intensity (i.e., 28 g m-2), was within the range of observed for U. pinnatifida at Hirota and Matsushima Bay (i.e., 52 g m-2 and 15 g m-2, respectively). Therefore, it is possible that stocking density may also influence the NEP of C. okamuranus farms, however since we could only examine one C. okamuranus farm site, the details remain to be revealed. Given that the C. okamuranus farm is deployed in the lagoon of a coral reef, characteristics of the ecosystem, such as the presence of corals and seagrasses nearby, may have led to a low NEP. Coral reef ecosystems were shown to be primarily heterotrophic in a number of studies (Falter et al., 2008; Miller et al., 2009; McGillis et al., 2011).

The potential for seaweed aquaculture farms to capture carbon from the environment and contribute to the mitigation of climate change was noted in a number of studies (Chung et al., 2017). It was suggested that seaweed aquaculture could potentially remove 1 g C m-2 d-1 from the environment based on aquaculture yields (Duarte et al., 2017; Froehlich et al., 2019), which is 1 to 2 orders of magnitude higher than our yield estimates (Table 4). A pioneering study on carbon flux in seaweed farms off the coast of the town Lidao, China, also suggested that seaweed farms could absorb 1.2 g C m-2 d-1 (Jiang et al., 2013). Based on the conditional mean of NEP from the GLM analysis, the potential carbon capture rate was -0.041, +0.041, -0.41 [g C m-2 d-1] m-1, for Hirota Bay, Matsushima Bay, and Bise Point, respectively.

There is an important caveat to these estimates of the seaweed farms examined in our study. Recall that measurements are limited to the production season of the seaweed farms (i.e., October to April), and do not provide a range of rates that would occur over a year. Inclusion of the off-season (i.e., summer to autumn), would likely lead to a decrease in the frequency of autotrophic days, since respiration rates are higher during this period (Bordeyne et al., 2020). Macroalgae ecosystems are generally heterotrophic (Gallagher et al., 2022), and the GLM examining the frequency of autotrophic days also provides some support to these observations (Figure 3). Hence, we suggest that the NEP of seaweed farms are not exceptionally superior to natural ecosystems. Moreover, the limited production period of seaweed aquaculture must be considered when estimating their potential as a carbon mitigating system.

Since we measured oxygen production did not assess lateral flux of carbon, calcification rates, or the production of dissolved organic carbon our estimates of the potential to capture carbon should be considered carefully. Consider that at Bise Point, metabolic activity of nearby seagrasses may have influenced our oxygen observations. In seaweed ecosystems a significant portion of captured carbon is expected to be exported to adjacent ecosystems or as far as the deep ocean (Duarte and Cebrián, 1996; Krause-Jensen and Duarte, 2016; Ortega et al., 2019). Indeed, up to 50% of carbon captured by a Sargassum horneri ecosystem is believed to be exported out of the ecosystem (Watanabe et al., 2020). Additionally, many calcifying species produce calcium carbonate, with a net release of CO2 into the environment during the calcification process, which can affect the net flux of CO2, but not O2 into the atmosphere (Frankignoulle et al., 1994).

In terms of blue carbon strategies, seaweed farms provides a large opportunity to mitigate climate change, given that it is easier and cheaper to scale-up, in contrast to the restoration of ecosystems, such as seagrass ecosystems (Gattuso et al., 2018; Lovelock and Duarte, 2019; Wu et al., 2020) and seaweed ecosystems (Eger et al., 2022). The net flux of carbon into seaweed farms was demonstrated in a number of studies (Tang et al., 2011; Jiang et al., 2013). However, to serve as a mitigation strategy, the carbon captured by seaweed aquaculture must stored over long time scales. If all the seaweed produced by the farms could have been protected from conversion to CO2, 43,384 kg of carbon would have been stored during the 2021 season (Table 4). Although we support past studies that suggests seaweed ecosystems can play a significant role in the mitigation of climate change and provide enough carbon capture capability to be included in carbon offset mechanisms, there remains a number of key questions that must be addressed before governments rush to develop seaweed farms to mitigate and offset carbon emissions. Uninformed expansion of seaweed farms can potentially cause a negative effect on surrounding and underlying ecosystems (Campbell et al., 2019). For example, in shallow water seaweed farms, the cultivation of carrageenophytes (e.g., Kappaphycus and Eucheuma) led to reductions in productivity and shoot density of the underlying seagrass ecosystems (Eklöf et al., 2005; Kelly et al., 2020; Moreira-Saporiti et al., 2021). Light reduction and the removal of nutrients by seaweed farms change the composition of phytoplankton (Jiang et al., 2020; Aldridge et al., 2021). Water flow and tidal exchange rates can decrease leading to increased sedimentation rates and poor water exchange (Zeng et al., 2015). The expansion of seaweed farms can be associated with increased flux of plastic materials from discarded and lost equipment (e.g., synthetic polymer ropes) and plastic particles, exacerbating existing problems with marine plastic pollution (Derraik, 2002; Andrady, 2011; Krüger et al., 2020). An increase in the albedo of the sea surface may also occur, since seaweeds are better able to reflect short-wave radiation than the sea surface, enhancing local cooling of the environment (Bach et al., 2021). Steps towards a compromise between environmental disturbance and carbon capture via seaweed farms can be found in the proper site selection and monitoring of environmental conditions to optimize the timing of the grow-out period. For example, kelps cultured in exposed conditions exhibit the best growth performance with increased carbon content in their tissues (Peteiro and Freire, 2013; Visch et al., 2020). On the other hand, culturing seaweeds in nutrient limited waters leads to nutrient stress and a subsequent loss in seaweed biomass and a net increase in dissolved organic matter in the culture area (Yoshikawa et al., 2001; Paine et al., 2021). For temperate species, timing the grow-out and harvest phase is critical as warmer surface temperatures promote the growth of fouling organisms (Visch et al., 2020).

Reliable long-term field observations of carbon capture rates by macroalgae ecosystems remains scarce. Presently, most assessments of carbon capture rates rely on extrapolating from chambered photosynthesis experiments of using phytoelements or the whole thallus of macroalgae, measuring the CO2 flux at the air-sea interface and the O2 flux at the water-sediment interface using eddy covariance techniques (e.g., Berg et al., 2022), extrapolate from simulations and limited in temporal scope (e.g., Watanabe et al., 2020), extrapolate from O2 mass-balances (e.g., Champenois and Borges, 2012; Hinode et al., 2020), measuring the O2 flux at the water-sediment, and isotopic measurements (e.g., Holtgrieve et al., 2010; Staehr et al., 2012; Hoellein et al., 2013). All methods have both advantages and disadvantages, that must be considered prior to data interpretation. The method we used was comparatively inexpensive and can provide a long and continuous time-series of measurements, but introduces bias due to the assumptions used to estimate air-water flux of oxygen, the horizontal and vertical heterogeneity of dissolved oxygen concentrations and flux (Berg et al., 2022), and the assumption that night-time respiration adequately describes respiration rates during the day. However, all methods suffer from the inability to assess the carbon flux into and out of the system of interest and are unable to precisely assess whether or not the system is a carbon donor or carbon receiver (Hill et al., 2015). Methods to correct for advection and include more ecosystem level processes could enhance the accuracy of carbon flux estimates (Chung et al., 2013; Gruber et al., 2017; Gallagher et al., 2022). More critically, macroalgae can secrete organic carbon and about 18 to 62% of their productivity may be secreted as dissolved carbon, which can be respired by microbes (Wada et al., 2007; Wada et al., 2008; Paine et al., 2021).

The potential of seaweed farms to mitigate climate change remains to be determined. The effectiveness of aquaculture farms to capture and remove carbon for relevant time-scales remains a challenge. Despite this, seaweed farms are still highly valuable for their contribution to the livelihood of coastal communities and have lesser detrimental impacts to the environment compared to other forms of aquaculture (Walls et al., 2017; Visch et al., 2020). We believe that the potential to capture carbon will not be homogenous across species and location, and that more studies to address carbon flux at organismal and ecosystem scales remain to be conducted. Despite these uncertainties, land-based aquaculture of seaweeds and the development of technology to lengthen the production season and yield should provide seaweed aquaculture with a unique opportunity to contribute to the mitigation of climate change (e.g., Sato et al., 2021a). However, the fate of the produced seaweeds will define the effectiveness of these strategies. Finally, detailed measurements of carbon capture from the aquaculture farms of carrageenophytes, chlorophytes such as Ulva spp. and Monostroma spp., some species of Pyropia spp., Saccharina spp., and Sargassum spp., are worthy of future investigation.
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Vegetated coastal and marine habitats in the Nordic region include salt marshes, eelgrass meadows and, in particular, brown macroalgae (kelp forests and rockweed beds). Such habitats contribute to storage of organic carbon (Blue Carbon – BC) and support coastal protection, biodiversity and water quality. Protection and restoration of these habitats therefore have the potential to deliver climate change mitigation and co-benefits. Here we present the existing knowledge on Nordic BC habitats in terms of habitat area, C-stocks and sequestration rates, co-benefits, policies and management status to inspire a coherent Nordic BC roadmap. The area extent of BC habitats in the region is incompletely assessed, but available information sums up to 1,440 km2 salt marshes, 1,861 (potentially 2,735) km2 seagrass meadows, and 16,532 km2 (potentially 130,735 km2, including coarse Greenland estimates) brown macroalgae, yielding a total of 19,833 (potentially 134,910) km2. Saltmarshes and seagrass meadows have experienced major declines over the past century, while macroalgal trends are more diverse. Based on limited salt marsh data, sediment C-stocks average 3,311 g Corg m-2 (top 40-100 cm) and sequestration rates average 142 g Corg m-2 yr-1. Eelgrass C-stocks average 2,414 g Corg m-2 (top 25 cm) and initial data for sequestration rates range 5-33 g Corg m-2, quantified for one Greenland site and one short term restoration. For Nordic brown macroalgae, peer-reviewed estimates of sediment C-stock and sequestration are lacking. Overall, the review reveals substantial Nordic BC-stocks, but highlights that evidence is still insufficient to provide a robust estimate of all Nordic BC-stocks and sequestration rates. Needed are better quantification of habitat area, C-stocks and fluxes, particularly for macroalgae, as well as identification of target areas for BC management. The review also points to directives and regulations protecting Nordic marine vegetation, and local restoration initiatives with potential to increase C-sequestration but underlines that increased coordination at national and Nordic scales and across sectors is needed. We propose a Nordic BC roadmap for science and management to maximize the potential of BC habitats to mitigate climate change and support coastal protection, biodiversity and additional ecosystem functions.




Keywords: eelgrass, salt marsh, macroalgae, area distribution, carbon stock, carbon sequestration, ecosystem services, management



Introduction

Vegetated coastal ecosystems including seagrass meadows, salt marshes, mangroves, and macroalgae are increasingly acknowledged for their contribution to sequestration and long-term storage of organic carbon (blue carbon, BC) and are, therefore, termed blue carbon habitats and ecosystems (Nellemann et al., 2009; Mcleod et al., 2011; Duarte et al., 2013, Krause-Jensen et al., 2018). Their capacity for long-term C-storage has made the management of these ecosystems relevant in relation to climate change mitigation; in addition, they constitute natural coastal protection by dampening wave energy and stabilizing and accreting sediments, thereby also contributing to climate change adaptation (Duarte et al., 2013; Macreadie et al., 2021). They also support biodiversity, including commercially important species, such as cod (Orth et al., 2020), and constitute coastal nutrient filters and sediment traps, which promote water quality and clarity (Aoki et al., 2020). These multiple functional roles and ecosystem services highlight the ecological and societal value of BC habitats (Barbier et al., 2011; Duarte et al., 2013; Smale et al., 2013; Gundersen et al., 2016). However, their location in the coastal zone where human pressures, such as eutrophication, fisheries and construction interact with climate change impacts such as heat waves and ocean acidification, render BC habitats among the most threatened on the globe (Orth et al., 2006; Waycott et al., 2009; Valiela et al., 2018; Dunic et al., 2021). Decline of the habitats due to diverse stressors put the C-reservoir at risk of erosion and to emit carbon dioxide (CO2), and thereby turn the C-sinks into sources (Lovelock et al., 2017; Salinas et al., 2020; Moksnes et al., 2021).

Because of the multiple functions of vital BC ecosystems, actions to protect and restore these environments present win-win-win scenarios for buffering climate change, protecting biodiversity, and mitigating eutrophication, and for supporting human wellbeing (food security etc.) (Duarte et al., 2013; Gattuso et al., 2018; Hoegh-Guldberg et al., 2019; Macreadie et al., 2021). Such BC strategies are therefore natural climate solutions in parallel to forest protection and reforestation on land (Macreadie et al., 2021), which can supplement direct emission reductions. Protection of existing BC habitats preserves both the C-sequestration capacity and the sediment BC stocks, while restoration of lost BC habitats can regenerate the C-sequestration capacity and, over the long-term, rebuild C-stocks (e.g. Orth et al., 2020). As restoration can be challenging and costly, especially for seagrasses (van Katwijk et al., 2016), prevention of loss has key management priority. At the global scale, the climate change mitigation potential of protection and restoration of mangroves, salt marshes and seagrass meadows could potentially represent 3% of current global emissions (Macreadie et al., 2021).

The C-sequestration capacity of salt marshes, seagrass meadows and mangroves exceeds that of green (terrestrial) forest ecosystems because of the combination of high ecosystem productivity, high potential for sedimentation of organic matter originating from the ecosystem itself (autochthonous) and from the surroundings (allochthonous), and the refractory nature of part of the organic matter and water-logged, anaerobic conditions limiting decomposition (Mcleod et al., 2011). The contribution of macroalgae to C-sequestration is more intricate to quantify than for seagrasses, salt marshes and mangroves. Unlike those systems that store C in sediments directly below them, macroalgal communities dominate rocky seafloor and their contribution to C-sequestration largely occurs through export to C-sinks beyond the habitat in fjord- and shelf sediments, and in the deep ocean, which is challenging to quantify (Krause-Jensen and Duarte, 2016; Pedersen et al., 2020). Management of macroalgal BC should consequently address both the macroalgal habitats and the BC sinks beyond the habitats (Krause-Jensen et al., 2018; Legge et al., 2020; Diesing et al., 2021).

The merit of protection and restoration of vegetated coastal ecosystems for climate action with co-benefits for biodiversity and human wellbeing underlines the importance of coordinated BC-strategies across sectors and regions. The Nordic region has a tradition of collaboration, e.g. under the auspices of the Nordic Council of Ministers, which is the official body for intergovernmental cooperation in the Nordic Region that seeks Nordic solutions wherever and whenever the countries can achieve more together than by working on their own. Such collaboration is also relevant regarding Nordic blue carbon ecosystems where joint efforts in science and management could benefit the region, and initiatives are already initiated. The study of vegetated coastal ecosystems has a long history in the Nordic region starting in the late 19th century (e.g., Rosenvinge, 1893; Ostenfeld, 1908; Waern, 1952) and shows a marked increase in research output over the past four decades to current levels of about 50 publications per year, as assessed by a bibliometric survey (Figure S1; Table S2). However, the peer-reviewed literature includes only a limited and recent focus on BC and has largely been conducted from a national angle. A first joint effort to quantify the distribution, biomass and C-storage potential of seagrass meadows (dominated by eelgrass, Zostera marina), kelp forests (large canopy-forming brown macroalgae of the order Laminarians), and rockweed beds (brown macroalgae of the order Fucales) was recently supported by the Nordic Council of Ministers (Frigstad et al., 2021). But distribution maps, knowledge of status and trends, C-stocks and sequestration rates as well as knowledge of other ecosystem functions of seagrass meadows, salt marshes and macroalgal forests/beds are still incomplete. Blue carbon habitat restoration efforts are local and the information scattered.

The Nordic management of vegetated coastal habitats is related to European directives such as the Habitats Directive, Birds Directive, NATURA 2000 network of marine protected areas, Water Framework Directive, Marine Strategy Framework Directive and Nitrate Directive; regional conventions (HELCOM, OSPAR, ICES), collaboration platforms (Nordic Council of Ministers), as well as national and sub-national laws/regulations and management initiatives. However, BC aspects have received limited policy attention at the Nordic level. Recent declarations by the Nordic Council of Ministers highlight the ocean-climate nexus, the C-sink capacity of marine ecosystems, the coupling to biodiversity, and the need for Nordic collaboration (Gudbrandsson et al., 2019) to ensure that oceans and marine ecosystems are climate-resilient and sustainably managed. BC is also gaining focus at European and global levels. Hence, BC received unprecedented attention at the recent United Nation climate change conference COP26.

Here we present the state of knowledge related to Nordic BC habitats including environmental setting and policy framework, ecosystem extent and change, C-stocks and C-sequestration rates, and management status regarding protection and restoration of BC habitats. On this basis, we identify knowledge gaps and propose directions for research priorities, as well as cross-sectoral management and collaboration towards a Nordic BC-roadmap as a nature-based solution to combat multiple societal challenges. Our goal is to support Nordic management of vegetated coastal BC ecosystems to secure the multiple functions and services they provide. This contribution was initiated at the Nordic Blue Carbon Workshop with 77 participants from 18 countries, held in Copenhagen, Denmark, September 9-13, 2019, under The Blue Carbon Initiative (BCI) Scientific Working Group’s 12th annual meeting.



The Nordic Region and Its Blue Carbon Habitats

The Nordic region includes Norway, Sweden, Denmark, Finland, Iceland, the Faroe Islands, and Greenland. It covers 28 latitude degrees from Southern Denmark at 55°N to Northern Greenland at 83°N and extends across 58 longitude degrees from the west coast of Greenland in the Baffin Bay (73°E) to Finnmark, NE Norway, by the Barents Sea (31°E). The Nordic coastline is vast and is fringed by large shallow-water areas where light reaches the seafloor supporting potential growth of vegetation (Figure S2). According to Sayre et al. (2019, Table S1), the Nordic coastline is 224,087 km long, equaling about 9% of the global coastline. This estimate is based on 30 m resolution mapping (i.e., 1:60 000 scale, Tobler 1987) and therefore excludes many small islands, which leads to a strong underestimation of island-rich archipelagoes common across much of the region. Indeed, complex archipelagoes with thousands of islands are important features of the region which hosts significant areas of BC habitats. For instance, the most updated estimate for Norway includes every island and calculates more than 100,000 km of coastline, which is almost twice the estimate of Sayre et al. (2019; 53,751 km). The average depth of the Baltic Sea, which is the world’s largest estuary, is only 55 m. According to the EMODnet digital terrain model (emodnet-bathymetry.eu) at a 1/16 arc-minute resolution (which is approximately 125 m for the Nordic region), the extent of shallow areas with a water depth less than 10 m sums up to 50,330 km2 for the Nordic countries (Svalbard and Jan Mayen included in the Norwegian estimate, but Greenland excluded due to lack of coverage by EMODnet). These shallow areas constitute on average 5.7% (3.25% if Svalbard is not included) of the countries’ maritime Exclusive Economic Zone (from the VLIZ Maritime Boundaries Geodatabase), varying from <1% for Faroe Islands, Iceland, and Norway, to 5.5% for Sweden, 13% for Denmark, and 15% for Finland.

The region is characterized by physicochemical gradients with relevance to the BC habitats. In the northernmost areas, sea-ice cover affects both light availability and physical exposure and constitutes an important structuring factor, while the southernmost areas are only affected by ice during extreme winters (Figure S2). The region has a strong salinity gradient with high saline water and large tidal range along the Atlantic coastlines and near freshwater conditions with small or no tidal range in the Baltic Sea (Figure S2). Most Nordic countries, except Denmark, have large components of rocky shores (Young and Carilli, 2019). The levels of anthropogenic stressors such as land use and fishery also vary across the region, causing multi-stressor and cascading perturbations (Boström et al., 2014; Andersen et al., 2015; Reusch et al., 2018; Krause-Jensen et al., 2021). In addition, the area is strongly affected by climate change, which has led to a warming of the annual sea surface temperature of the Baltic Sea by up to 1.0°C per decade from 1990 to 2008 (BACC II author team, 2015 p. 9); this is much greater than the global average warming rate of the upper ocean of 0.11°C per decade from 1971 to 2010 (Rhein et al., 2014).

Nordic BC habitats reflect these regional environmental gradients (Figure 1). Salt marshes are common habitats along sheltered soft bottom shores and exhibit marked diversity from full marine tidal areas dominated by typical tidal marsh to brackish microtidal regions colonized by salt meadows and reed belts (Figure 1, see further details in the subsection on salt marshes). Deeper along the coastal slope, soft and sandy seafloors are colonized by meadows of seagrasses, dominated by eelgrass (Zostera marina), and increasingly mixed with other rooted vegetation and charophyte species in the more brackish regions towards the inner basins (Gulf of Bothnia) of the Baltic Sea and in the inner part of many estuaries (e.g. Boström et al., 2014; Wikström et al., 2016; Figure 1). Rocky shores are colonized by a variety of macroalgae with rockweed, particularly Fucus species dominating the shallow/tidal zone and Laminaria- and Saccharina-dominated kelp forests (Figure 1) with understory vegetation being abundant in the marine subtidal (e.g. Fredriksen et al., 2005).




Figure 1 | Examples of characteristic Nordic BC habitats: Salt marsh (1st panel), rooted vegetation such as seagrass (2nd panel), intertidal macroalgae (3rd panel), and submerged macroalgae, such as kelp forests (4th panel).





Global, Regional and National Policies Related to Nordic Blue Carbon Habitats

There is currently no specific BC policy or management strategy for BC habitats in the Nordic countries, but several policies and directives address vegetated coastal habitats and provide an important basis for more targeted and coordinated BC management. Key examples are summarized below.


Global Scale

The Glasgow Climate Pact from the 26th Conference of the parties of the UNFCCC acknowledges the C-sink capacity of marine ecosystems. Several countries have included Blue Forests in their inventories and National Determined Contributions (NDCs) under the Paris Agreement based on the voluntary “2013 supplement to the 2006 IPCC Guidelines for National Greenhouse Gas Inventories: Wetlands”, which addresses saltmarshes, seagrasses and mangroves but not macroalgae. However, none of the Nordic countries have yet included blue forests in their NDCs.

Protection of Nordic BC habitats and their services is, to some extent, also supported by global policy agreements under the Convention on Biological Diversity (CBD), the Ramsar convention for wetlands, the UNESCO Biosphere Reserves and Natural World Heritage sites, and the United Nations’ Sustainable Development Goals (e.g. UN SDG 14.5 of 10% conservation of marine and coastal areas, and UN SDG 6.6 of protection and restoration of water-related ecosystems).



Regional Scale

The European Union’s (EU) Habitat’s Directive, Birds Directive, Water Framework Directive (WFD), and Marine Strategy Framework Directive (MSFD) as well as the Nitrate directive are all relevant for Nordic BC habitats. While Sweden, Denmark and Finland are EU members, Iceland and Norway are EEA EFTA members and have adopted the WFD via the EEA agreement. To some extent, national legislation in Iceland and Norway converges with, or are indirectly impacted by, the other EU directives as well. The Faroe Islands and Greenland are neither part of EU, nor the EEA EFTA and do not have obligations relative to e.g. the WFD, but EU and Greenland reinforce their partnership after the recent adoption of the new European strategy for the Arctic region. The WFD directly supports blue carbon habitats by defining the goal of good ecological status for coastal vegetation as a situation when “most disturbance sensitive macroalgal and angiosperm taxa associated with undisturbed conditions are present and the level of macroalgal cover and angiosperm abundance show slight signs of disturbance” (WFD, 2000/60/EC). The MSFD’s requirement of “good environmental status (GES)” addresses the marine vegetation more indirectly via Descriptor 1 (biological diversity), Descriptor 4 (food webs) and Descriptor 6 (seafloor integrity). The WFD and the MSFD are closely connected; for example, marine vegetation and other so called “quality elements” targeted by the WFD are protected by management measures such as reduced eutrophication, and therefore also contributes to achieving GES within the MSFD with respect to several Descriptors.

At the regional level, the Baltic Sea Action Plan (2021) by the Helsinki Commission (HELCOM) also considers how mitigation by natural blue carbon processes can be maximized, but has no legal implications. HELCOM also defines eelgrass habitats and several macroalgal habitats in the Baltic Sea as being under threat and highlights the need for protection against e.g., eutrophication and anchoring (https://helcom.fi/media/documents/HELCOM-Red-List-Biotope-Information-Sheets-BIS.pdf). Moreover, in the North-East Atlantic, the inclusion of eelgrass beds in the OSPAR Convention’s list of threatened species has been followed up by OSPAR Recommendation 2012/4 on furthering the protection and conservation of eelgrass beds (OSPAR 12/22/1, Annex 13). Greenland also accedes to the OSPAR. Moreover, the Arctic Council, with participants from several Nordic states (i.e. the Kingdom of Denmark including Greenland and Faroe Islands, as well as Iceland, Norway, Sweden and Finland), coordinates marine activities via working groups on the “Arctic monitoring and assessment program”, “Protection of the Arctic marine Environment”, and the biodiversity working group of the Arctic Council: Conservation of Arctic Flora and Fauna (CAFF) and their Circumpolar Biodiversity Monitoring Programs (CMBP) on coastal and marine ecosystems. All these initiatives also to some extent address Nordic BC habitats.



National Scale

National management of BC habitats in EU member states must as a minimum fulfill the EU requirements and may also involve supplementary measures, which are treated in more detail in the management section (see below).




Distribution Area and Dynamics of Nordic BLUE CARBON Habitats

The total C-stocks and sequestration of coastal vegetation is connected to their area distribution. For some habitat types, like eelgrass meadows, the Nordic region has experienced major declines over the past century (Boström et al., 2014). For other BC habitats, like the kelp forests, the picture is more complex (Araújo et al., 2016). This section summarizes, by habitat type and country, the current knowledge on the distribution area of Nordic BC habitats (Table 1 and Figure 2A) and major changes over the past century.


Table 1 | Area estimates (km2) of coastal vegetated habitats (salt marshes, eelgrass and other rooted vegetation, macroalgae) across the Nordic region.






Figure 2 | Overview of available information on area distribution of Nordic BC habitats (Svalbard not included). (A) Occurrence of confirmed (solid lines) and anticipated (dotted lines) Nordic BC habitats (salt marshes, eelgrass, littoral and sublittoral macroalgae) (details in Table 1); for Greenland, there are several confirmed macroalgal habitats along especially the west coast, and eelgrass habitats in the Nuuk fjordsystem, although only a coarse estimate of area distribution is available. (B) Sites where C-stocks/sequestration have been assessed. (C) Location of Marine Protected Areas (MPA’s; including Marine World Heritage sites, Natura 2000 sites and nationally designated MPAs). (D) Location of restoration projects (circles) and macroalgal farming sites (triangles, Araújo et al. 2021, from EMODNet) across the Nordic countries. Map from Google Earth, symbols from https://ian.umces.edu/imagelibrary/. See Table S5 (C-stocks) and Table S6 (restoration sites) for detailed site information.



Most Nordic countries conduct regular monitoring of BC habitats to document status and trends in relation to e.g. the Water framework directive and national programs (summarized in Table S3). However, except for the area of salt marshes, which is directly targeted by Habitats Directive monitoring, the monitored parameters are not necessarily related to the area distribution of the habitats, which is reflected in large knowledge gaps on BC habitat maps. For example, the Danish and Swedish national marine monitoring programs focuses on the depth limit and cover of eelgrass meadows and the cover of macroalgal communities (Riemann et al., 2016, Hammar et al. 2018) and the Greenland Ecosystem Monitoring (www.g-e-m.dk) focuses on the growth rate of kelps and rockweed as well as local depth distribution patterns. Norwegian coastal monitoring programs include regular measurements of the lower growth limit, coverage and status (e.g. the coverage of filamentous algae) for eelgrass and macroalgae on a fixed network of stations along the coast (Walday et al., 2020) and additional kelp properties as part of the kelp harvesting strategy (Steen et al., 2016).


Salt Marshes

The Nordic region supports a range of habitat types that we here jointly refer to as “salt marshes” although they may also fit under terms such as “salt meadows”,” coastal meadows”, “tidal marshes” or “reed belts”. They are dominated by herbs, grasses or low shrubs that are periodically inundated or saturated by tidal water (Adam, 1990; IPCC, 2014; Evans and Roekaerts, 2019). The use of different names for salt marshes and their heterogenous appearance make it challenging to get an overview of their total distribution. Comparison of these habitat across countries is also complicated by the existence of various national and international classification systems such as the European Nature Information System (EUNIS) in the EU (Evans and Roekaerts, 2019), the Nature in Norway (NiN) system in Norway (Borgersen et al., 2020; Halvorsen et al., 2020) and HELCOM for the Baltic Sea (Helcom, 2013) (details in Table S4).

There are strong gradients in “salt marsh” plant communities in the Nordic region related to gradients in tidal regime, salinity, and climate factors. A key management practice, grazing, which is often implemented to stimulate biodiversity, also markedly affect the marshes. Nordic EU member states map salt marshes as part of the Natura 2000 network, and Atlantic coastal meadows are categorized as vulnerable in the European Red List of Habitats (Janssen and Rodwell, 2016). Mapping is also taking place as part of national programs. Below is an overview of area information available for these habitats in the Nordic region. The European-funded project “NordSalt” (2021-2024, www.sdu.dk/en/forskning/nordsalt) will expand the information on salt marshes and their C-stocks and sequestration in the Nordic region.


Greenland

There is no overview of area distribution or changes in distribution of salt marshes at the Greenland scale. However, some local distribution studies exist (e.g., Glooschenko et al., 1993; Lepping and Daniëls, 2007; Bültmann and Daniëls, 2013), and salt marsh sediments have also been studied as archives of recent relative sea level change (Jensen et al., 2006; Woodroffe and Long, 2009; Long et al., 2012).



Iceland

Salt marshes in Iceland are classified into two habitat types. One is characterized by Puccinellia maritima (Atlantic lower shore communities under the EU habitat type 1330). The other is classified by Carex species (Icelandic Carex lyngbyei salt meadows). The latter is not accepted under EUNIS but proposed as a sub-type of Atlantic black sedge salt meadows that falls under Annex I at a higher level (see A2.5 – https://eunis.eea.europa.eu/habitats/2931). Together, the habitat types cover approximately 65 km2, with the majority characterized by P. maritima (Ottósson et al., 2016). The habitat mapping was done mainly by satellite image interpretations so estimation errors can be relatively high, especially for Carex habitats due to indistinct differences between similar habitats. No national monitoring of salt marshes exists in Iceland and long-term changes and dynamics are therefore unknown.



Faroe Islands

No overviews of distribution area or dynamics are available for the Faroe Islands (https://kort.foroyakort.fo/kort/). Salt marsh species such as Carex lyngbyei, Glyceria fluitans, G. maxima and Puccinellia maritima occur in the Faroe Islands but are all reported as very rare (reported 1–10 times) or rare (reported 11–25 times) (Jóhansen et al., 2000) indicating that salt marsh areas are negligeable in extent.



Norway

Norway has no systematic mapping program for salt marshes, but some mapping efforts have been completed, e.g. in connection to mapping RAMSAR areas. Typical species in Norway are Carex paleacea, C. vacillans, Glyceria fluitans, G. maxima, Phragmites australis, Schoenoplectus lacustris, S. tabernaemontani and Bolboschoenus maritimus. Currently, 606 occurrences of salt marshes have been recorded in Norway with a total area of 57 km2 (Borgersen et al., 2020). This is most likely an underestimate due to the lack of systematic mapping. The habitat is considered as of “least concern” in Norway’s red list for habitats (Gundersen et al., 2018).



Denmark

Danish salt marshes are represented by the EU habitat types 1310, 1320 and 1330 (Table S4), with 1330 being the most widely distributed and categorized into two subtypes, salt marsh and salt swamp, depending on whether it is being grazed or not. The grazed plant communities are dominated by halophytic grasses and herbs, whereas the non-grazed ones are dominated by reeds such as Phragmites australis, Schoenoplectus maritimus and Schoenoplectus tabernaemontani. This division is the result of management practices with a long history of grazing preventing overgrowth by reed. The Wadden Sea has the largest tidal range among Danish salt marshes and includes typical tidal Spartina spp. salt marshes (EU habitat type 1320). Many of these marshes were formed as part of land reclamation efforts (Jakobsen, 1954). All habitat types are monitored and mapped every six years under the Danish monitoring program NOVANA since 2007, with the most recent estimate representing a total of 410 km2 (sum of the area of the EU habitat types 1310, 1320 and 1330; Fredshavn et al., 2019; Table 1, https://naturdata.miljoeportal.dk/). The saltmarsh area is estimated to have been twice as large as 150-200 years ago, with the loss caused primarily by expansion of agriculture (Vestergaard, 2000). EU habitat types 1310 and 1330 are categorized as having an unfavorable preservation status, the latter showing decline over the past 12 years, while 1320 has a favorable status (Fredshavn et al., 2019, Table S4).



Sweden

The extent of Swedish salt marshes is estimated at 158 km2 based on data and information from the report of conservation status of habitats and species that is provided by the implementation of the EU Habitats Directive (under Article 17), which is synthesized and published every six years by the Swedish Species Information Centre, ArtDatabanken. The estimates include the EU habitat types 1310, 1330 and 1630 (Table S4), which are all categorized as having bad conservation status.



Finland

The majority of Finnish salt marshes belongs to the EU habitat type 1630 (Boreal Baltic coastal meadows). There are no overviews for habitat types 1310, 1320 or 1330 (Table S4), but 1330 is part of a recent classification (Pätsch et al., 2019). Traditionally managed (grazing, mowing) salt marshes have been classified (by IUCN) and their status assessed (improving, declining, stable) in the national red list of threatened habitat types (Lehtomaa et al., 2018). These marshes belong to the habitat type 1630 and are currently classified into six types: seashore meadows Eleocharis parvula-E. acicularis, Eleocharis palustris-Schoenoplectus tabernaemontani-Bolboschoenus maritimus, tall-sedge seashore meadows, low-graminoid seashore meadows, tall seashore meadows and salt patches. Of a total of about 6900 km2 of traditionally managed salt meadows in the 18th century, only about 420 km2 exist today (Lehtomaa et al., 2018). Reed belts have been favored by a dramatic decline in grazing by livestock as well as by eutrophication so the area of completely or partly preserved meadows of the habitat type 1630 is only 62 km2, of which about 20 km2 is overgrown by reed. Hence, the habitat type 1630 is now classified as critically endangered (Schulman et al., 2008). It is estimated that about 121 km2 of this habitat type can potentially be restored, and there are ongoing management initiatives (including grazing). Coastal reed belts with Phragmites australis, Schoenoplectus and Bolboschoenus maritimus or Typha are additional potential BC sinks not belonging to the habitat type 1630.




Seagrasses and Other Rooted Submerged Vegetation

In the Nordic region, there are two true seagrass species, eelgrass (Zostera marina) and dwarf eelgrass (Z. noltei). Eelgrass is by far the most dominant and subject to a long record of research, particularly in Denmark (Boström et al., 2014; Krause-Jensen et al., 2021). Other rooted vegetation, such as species of the genera Ruppia, Zannichelia and Potamogeton, may also occur in brackish areas. For the purposes of this paper, when the term seagrass or eelgrass is used for the Nordic region, we are referring to primarily eelgrass, occasionally including other species of rooted vegetation. Eelgrass meadows were historically very extended but experienced major declines in the 1930s due to the wasting disease, which decimated the North-Atlantic eelgrass meadows, and more recent declines due to multiple stressors (Krause-Jensen et al., 2021).


Greenland

Recent studies of eelgrass in the Nuuk fjord system at 64 °N show that the meadows are confined to inner, protected fjord branches with sandy seafloor where summer temperatures are relatively high (up to 13°C), although a sparse meadow grows in an area with maximum summer temperatures of 8°C (Olesen et al., 2015). These meadows support biomasses as high as those at lower latitudes but have lower productivity (Olesen et al., 2015). There is no assessment of the overall distribution area, but it is relatively small, limited by both availability of suitable sandy/soft seafloor in shallow protected settings and by low water temperatures (Olesen et al., 2015). Dating of sediments in eelgrass meadows in the Nuuk fjord system along with analyses of the origin of organic matter in these sediments, nevertheless, suggest that eelgrass has been expanding in these locations over the past century (Marbà et al., 2018).



Iceland

Macrovegetation on littoral sediments include eelgrass beds, which are most common along the west coast and in lagoons in the south-east while rare elsewhere (Boström et al., 2014). They cover roughly 1% (11 km2) of the coast (Ottósson et al., 2016), but this is likely an underestimate as the distribution area has only been partially explored. Lack of monitoring and mapping efforts prevent a detailed account of the status and trends.



Faroe Islands

Eelgrass is very rare in Faroe Islands. It has been reported less than 10 times (Jóhansen et al., 2000) but with no recent observations. The extent is therefore considered negligeable with no overview of the distribution area or trend. Eelgrass occurs in one of the fjords on the southernmost island, Suðuroy, where Ostenfeld (1905-08) already a century ago commented that this fjord was likely the only place where the species occurred.



Norway

Eelgrass meadows are the most common and widespread habitat-building species on soft seafloor in Norwegian fjords and bays. The largest occurrences of eelgrass meadows have been systematically mapped by the Norwegian National program for mapping of coastal biodiversity (Bekkby et al., 2013), and are found in sheltered and moderately wave exposed areas all the way from the Swedish border in southern Norway to the Barents Sea region in Finnmark. More than 3000 eelgrass meadows have been identified in Norway, covering 60 km2 in total (Bekkby et al., 2013). Following the “red list” protocol (Gundersen et al., 2018), this area was multiplied by a factor of 1.5 to include meadows assumed to be present but not recorded, giving an estimate of 90 km2 (Frigstad et al., 2021). The habitat is not considered threatened in Norway’s red list for habitats (from 2018), but the status and trends in the North Sea in particular are largely unknown and highly debated, as the methods used for monitoring do not capture changes in meadow size and lower growth limit (Gundersen et al., 2018). Degradation of the seagrass meadows in the Oslofjord has been documented (Dahl et al., 2008; Espeland and Knutsen, 2014).



Denmark

Denmark is the Nordic ‘hotspot’ for eelgrass due to the extensive coastline with gently sloping sandy shores in protected settings of intermediate salinity. The national Danish monitoring program assesses annually the cover and depth distribution of eelgrass across the country along transect lines from the shore to the deepest occurrence. Area surveys are not part of the monitoring program, except for the Wadden Sea eelgrass meadows. A first nationwide mapping of the submerged coastal vegetation (eelgrass, other rooted vegetation and macroalgae) has been produced based on optical satellite data from 2018, using advanced radiative transfer modelling and machine learning techniques. The map has 10 m resolution and represents depths down to 4–10 m, depending on local water clarity (http://satlas.dk/marine-vegetation/), but does not distinguish between eelgrass and macroalgae and provides yet no information on the distribution area. However, the potential distribution area of eelgrass in Danish coastal waters has been quantified at 2,204 km2 based on a GIS modelling of where habitat requirements are fulfilled (Stæhr et al., 2019). This is about a third of the historic distribution area quantified at 6,726 km2 around year 1900 (Petersen, 1914). Overviews for two key distribution areas (the Limfjord and Øresund) suggest that the current actual distribution area of eelgrass is probably only about 20% of the historic area, i.e. about 1,345 km2 (Boström et al., 2014). Century-long records reveal shifting challenges to eelgrass over time with the wasting disease decimating the populations in the 1930s, eutrophication peaking in the 1980s causing additional decline, and bottom-trawling and warming further limiting the recovery during the past decades (Krause-Jensen et al., 2021).



Sweden

The area distribution of eelgrass in Swedish coastal waters is assessed at 400 km2 using a model based on satellite remote sensing images (2008 and 2016) and associated ground truthing (>6000 sites) for field validation (the Symphony tool, Hammar et al. 2018) (Table 1). The spatial model described the probability of occurrence of seagrass (in 10 x 10 m pixels, aggregated into 250 x 250 m pixels); the probability level was set at 0.8, which means that there is at least 80% probability of finding the focal habitat in a pixel. The modelled coastal area encompasses primarily eelgrass (Z. marina), but also to some extent widgeon grass (Ruppia spp.) and occasionally some freshwater green algal species (principally along inner margins of Z. marina) (Boström et al., 2003). The model has been used efficiently in recent spatial risk assessment of global change impacts on eelgrass in Sweden (Perry et al., 2020). Satellite remote sensing has been shown useful to assess eelgrass coverage down to about 5-6 meters depth on the Swedish Skagerrak coast (Envall and Isaksson, 2012; Lundén and Gullström, 2013). In general, the cover of soft-bottom vegetation decreases with increasing total nitrogen concentrations and salinity (Wickström et al., 2016). Eelgrass meadows along the Swedish west coast experienced major declines over the period 1980s-2000s (Baden et al., 2003; Nyqvist et al., 2009) due to the combination of eutrophication and overfishing (Moksnes et al., 2008; Baden et al., 2010), and climate change is emerging as an additional stressor with increases in sea surface temperature, ocean acidification and wind-driven turbid conditions likely to cause interactive negative effects in risk areas in southern Sweden by the mid-end century (Perry et al., 2019; Perry et al., 2020).



Finland

There is no comprehensive area estimate of eelgrass coverage in Finland, but habitat suitability models suggest a maximum of 30 km2 (Downie et al., 2013; Boström et al., 2014). As no national monitoring of eelgrass meadows exists, there are only few examples of long-term dynamics of Finnish eelgrass meadows. The available data suggest that these systems have been stable over time i.e. 1970-1990 (Boström et al., 2002). Finnish eelgrass meadows are often multi-specific, and eelgrass occurs here at the physiological boundary and is thus particularly vulnerable. Individual meadows are small, isolated clones with limited geneflow typically reaching over thousand years of age (Reusch et al., 1999; Reusch and Boström, 2011). The overall low reservoir of genetic diversity in the northern Baltic Sea combined with extremely limited sexual reproduction and inbreeding typically lead to reduced fitness (Reusch et al., 1999; Olsen et al., 2004). Thus, these populations are in urgent need of special conservation efforts as they lack potential for rapid adaptation and are likely to go extinct under extreme climate events.

Other submerged aquatic vegetation habitats that include plants of freshwater and/or marine origin are potentially more important BC habitats in Finland. These have been classified and their status assessed (Lehtomaa et al., 2018). They include habitats dominated by Potamogeton and/or Stuckenia pectinata, Ranunculus spp., Zannichellia spp. and/or Ruppia spp., Myriophyllum spicatum and/or M. sibiricum, and exposed and sheltered habitats characterized by Charales and Najas marina.




Macroalgae – Intertidal and Subtidal

Macroalgae represent the largest BC habitat of the Nordic region with an estimated coverage of >10 000 km2 (excluding area estimates from Greenland, which are very uncertain, Frigstad et al., 2021). Intertidal macroalgal habitats, largely defined by tidal range and the occurrence of hard substratum, are most conspicuous along the coasts of Greenland, Iceland, Faroe Islands, Norway and SW Sweden. The microtidal rocky south- and east coast of Sweden and the Finnish coast are also rich in habitats of Fucus sp. (Rinne & Salovius-Laurén, 2020; Sahla et al., 2020), which colonize the low-saline subtidal in addition to the intertidal zone (Torn et al., 2006). Here they penetrate deeper than in full marine settings because of reduced competition from other macroalgae (Nielsen et al., 1995; Middelboe et al., 1997). In contrast, most of the Danish coastline has only scattered stones and narrow tidal range and therefore limited distribution of intertidal macroalgal communities. The occurrence of subtidal macroalgae largely follows the pattern described for the intertidal habitats, i.e. dominating the rocky coastlines, although also growing on stone reefs, e.g. in the Kattegat. Sandy seafloors may also hold macroalgae such as Charales, floating macroalgae as well as macroalgal communities on scattered stones and shells. Overall, the macroalgal community of the region is characterized by steep declines in species diversity along the Baltic salinity gradient (Nielsen et al., 1995).


Greenland

Macroalgae occur along most of Greenland’s coastline, but distribution records are relatively sparse, especially in the northernmost regions (Krause-Jensen et al., 2020). The depth limit and width of the belt of submerged macroalgae, dominated by kelps, increase from north towards south as the length of the open water period increases and more of the surface light potentially reaches the seafloor (Krause-Jensen et al., 2012). The deepest occurrence of kelps (> 60 m depth) is reported in clear waters along open coasts and offshore islands (Krause-Jensen et al., 2019). Intertidal macroalgae are also abundant along the Greenland coast, with potential for high biomasses even in northern regions (Høgslund et al., 2014; Ørberg et al., 2018; Sejr et al., 2021; Thyrring et al., 2021). Whereas no detailed mapping of macroalgae in Greenland exists, a first, coarse, spatial distribution model suggests a potential intertidal macroalgal distribution area of about 33,000 km2 and a subtidal distribution area of 77,500 km2 (Krause-Jensen et al., 2020). Also, Frigstad et al. (2021) estimated the total coverage of dense Saccharina latissima (sugar kelp) forests in Greenland to be 26,700 km2 in a Nordic spatial model but emphasized that this is an undocumented estimate with high uncertainties due to unknown effects of sea ice cover, exposure, and substrate type. Macroalgal distribution and production is hypothesized to increase in parallel with increasing water temperatures and declining sea ice cover (Krause-Jensen et al., 2020).



Iceland

Rocky shores dominated by macroalgae cover 28% (280 km2) of the intertidal in Iceland (Ottósson et al., 2016). Sheltered intertidal areas that are dominated by A. nodosum cover >7% of the total intertidal area and >25% of all low to moderate energy littoral rocky shores. Breiðafjörður in West Iceland accounts for about 70% of intertidal areas (50 out of 70 km2), dominated by A. nodosum according to habitat mapping done in 2012-2014 (vistgerdakort.ni.is, 2018). More recent, in-depth studies expand this estimate to 91-107 km2 (Gunnarsson et al., 2019). Frigstad et al. (2021) estimated a total coverage of 495 km2 for rockweed and 2,328 km2 for kelps, dominated by Laminaria hyperborea (tangle kelp), based on a spatial model covering the Nordic countries. No national monitoring of macroalgae exists so long-term trends and dynamics are unknown.



Faroe Islands

Kelps are widespread on the rocky shores of the Faroe Islands, and data from the FARCOS project in the 1990s (Bruntse et al., 1999) were recently used to model the potential kelp distribution around the Faroe Islands, predicting a coverage of 10 km2 for sugar kelp and 235 km2 for tangle kelp (Table 1, Frigstad et al., 2021). No estimates exist for the coverage of macroalgae in the littoral zone of the Faroe Islands.



Norway

Rockweeds cover the intertidal shores and the shallow subtidal areas along almost the entire Norwegian coast, with a total coverage estimated (modelled) to be 3,090 km2 (Frigstad et al., 2021). Tangle kelp and sugar kelp are the two dominant species that form large subtidal kelp forests along the Norwegian coast. Tangle kelp is found in the wave-exposed areas and has been mapped systematically by the National program since 2007 (Bekkby et al., 2013), estimated to cover 3,810 km2 (Frigstad et al., 2021). Sugar kelp forests colonize more sheltered areas, often in fjords, bays and in inner parts of archipelagos, and are mapped less systematically. These forests have been estimated to cover 3,607 km2 by Frigstad et al. (2021) and 5,355 km2 by Gundersen et al. (2021). Both estimates are adjusted for destructive sea urchin grazing in northern Norway (additionally 1592 km2 of kelp forest is considered to be grazed by urchins, Gundersen et al., 2021). Tangle kelp forests are in the Norwegian “Red list” for habitats considered to be “near threatened” in northern Norway due to the intensive grazing by the green sea urchin Strongylocentrotus droebachiensis (Rinde et al., 2014). Sugar kelp is listed as endangered due to sea urchin grazing in the north and due to a combination of eutrophication and increasing frequency and intensity of marine heat waves in the south of Norway (Gundersen et al., 2018; Filbee-Dexter et al., 2020). For sugar kelp in southern Norway, a combination of increased water temperature and increased riverine inputs of terrestrial organic matter (increased light attenuation and sedimentation) has negatively affected the lower growth depth limit over the last decades (Frigstad et al., 2018). This trend is leading to a decrease in macroalgal area coverage, decreased primary production, and a subsequent decrease in macroalgal ecosystem services, including macroalgae-driven C-sequestration (Filbee-Dexter and Wernberg, 2018; Wernberg et al., 2019).



Denmark

Although most of the Danish seafloor is soft, macroalgae occur on scattered stones along the shores as well as on offshore stone reefs. As a component of the national Danish monitoring program, the cover and species composition of macroalgal communities are assessed nationwide along shoreline depth gradients representing hard substratum, as well as on offshore stone reefs, but a map of overall macroalgal distribution in Denmark is lacking. However, recently, the area extent of Fucus sp., which is dominant in the tidal zone, was quantified for the Kattegat coast at about 54 km2 based on analysis of aerial photos supported by monitoring data and drone/field surveys in test areas (Riemann et al., 2020). This area was upscaled to an estimated distribution area of intertidal algae in Denmark at 397 km2, assuming similar area extent of Fucus per km of coastline as for the Kattegat (Frigstad et al., 2021). The distribution area of subtidal macroalgae in the Kattegat has been assessed at 1438 km2 based on monitoring data, seafloor properties and modelling (Öberg, 2006). Large uncertainties in the area of hard substratum have so far prevented a reliable updated modeling of the subtidal macroalgal area (Frigstad et al., 2021).

Several stress factors, varying in space and time, affect Danish macroalgae. Vast macroalgal habitats have been lost due to extraction of stones for construction, a conservative estimate suggests that a total of 40 km2 of exposed stone surface was removed from stone reefs in coastal Danish waters in the second half on the 20th Century (Dahl et al., 2003) before the practice was banned in 2010 (Dahl et al., 2016a). Bottom trawling for mussels and fish has added to the loss of stones. Eutrophication further limits the cover and diversity of both coastal and offshore stone reef macroalgal communities through light limitation and overgrowth by opportunistic species (Riemann et al., 2016).



Sweden

The area of hard bottom within the photic zone was modelled at 869 km2 and used as a proxy for the extent of subtidal macroalgae (Hammar et al. 2018). The hard bottom model is based on geological mapping surveys conducted by the Geological Survey of Sweden (SGU). The model was set to 0.8, which means that there is at least 80% probability of finding the focal habitat in a pixel. In the Nordic model of Frigstad et al. (2021), the total coverage of tangle kelp and sugar kelp in Sweden were estimated at 127 and 858 km2, respectively, all at the Swedish west coast. The differences in area estimates for subtidal macroalgae by the two models can e.g. be due to different resolution of the models. For Fucus sp., the total coverage in Sweden was estimated at 1335 km2 using the same approach as for Denmark, assuming similar area extent per km of coastline as for the Kattegat (Riemann et al., 2020), excluding the northern east coast of Sweden with known low distributions of Fucus sp. (Frigstad et al., 2021).

Until today, there are no comprehensive overall estimates of macroalgal distribution or change in cover in Swedish marine waters. But long-term studies on depth distribution (based on annual surveys) of macroalgal zonation, cover and community composition are available (e.g., Kautsky et al., 1986; Karlsson, 2007; Hammar et al. 2018) as well as scattered spatial surveys in localized areas (e.g., Blomqvist and Olsson, 2007; Gullström et al., 2009). A harmonized nation-wide macroalgae monitoring program is, however, ongoing since 2019, which aims to assess ecological status and spatiotemporal distribution of macroalgae on the west- and east coasts of Sweden (led by SWaM and following methodology in Lindegarth et al., 2016).



Finland

The Finnish Inventory Programme for the Underwater Marine Environment (VELMU) has systematically made inventories of macroalgae since 2011. Macroalgal monitoring started in 1993 and the monitoring of the lower depth limit of Fucus started in 2000. Based on habitat suitability modelling (GAM, EADM), the Finnish coastline (including Åland Islands) today supports about 240-580 km2 of Fucus (including F. radicans) compared to >1000 km2 in 1900 (Sahla et al., 2020).



Overall

The review identified the known area extent of BC habitats in the Nordic region, which was 1441 km2 for salt marshes, 1,861 km2 (potentially >2,735 km2) for seagrasses (mainly eelgrass) and 16,532 km2 (potentially 130,735 km2, including coarse Greenland estimates) for macroalgae. This sums up to 19,833 (potentially as much as 134,910 km2) of blue forests in the Nordic region (Table 1 and Figure 2A). Although the numbers are associated with considerable uncertainty and contain major knowledge gaps, the area of Nordic marine forests is substantial. The overview reflects the increasing difficulty of mapping the habitats as the water depth increases and conceals the vegetation. Hence, actual distribution maps are very limited and the difference between documented and potential areas is huge for macroalgal habitats, which extend deepest among the BC habitats. Especially for Greenland, Faroe Island and Iceland, there is very limited documentation of area extent of BC habitats. The various estimates also represent major differences in terms of quantification of presence/absence versus dense vegetation, key macroalgal species (e.g. sugar kelp) versus overall macroalgal cover and regarding the pixel size and scale of the survey. Only unified mapping approaches across the Nordic region, such as the one carried out by Frigstad et al. (2021) offer direct comparison across part of the region but depend on further data input for data poor regions, such as Greenland. Whereas there has been very limited Nordic focus on particularly salt marshes in the BC context, Nordic EU member states quantify salt marsh areas as part of the requirements of the EU habitats directive.

In addition to the above-listed areas, EU member states report the areas and status/trends of the EU habitats directive’s marine habitat types, several of which contain meadows of eelgrass and other rooted vegetation or macroalgae beds. However, in opposition to the directive’s continental habitat types, the marine habitat types are defined based on geomorphology (e.g. “Estuaries, habitat type 1130”, “Coastal lagoons, habitat type 1150” and “Large shallow inlets and bays, habitat type 1160”) and, hence, unfortunately, do not specifically target the vegetated habitats.

It is important to underline that the above estimates of the area of Nordic BC-habitats do not provide information on the extent of manageable areas with regard to restoration or protection against further loss and, hence, the extent of area that is relevant for climate change mitigation policies.





C-Stocks and Sequestration in Nordic Blue Carbon Habitats


Salt Marshes

Pioneering data on C-stocks and sequestration rates in Nordic salt marsh sediments are available from Denmark and Norway (Figure 2B and Table S5). C-stocks are 4228-8178 g Corg m-2 for the upper 43 cm sediment in three microtidal salt marshes along the east coast of Jutland (Table 2, Graversen et al., 2022). C-sequestration rates at the same sites are 17-45 g Corg m-2 yr-1 (Table 3, Graversen et al., 2022). Sequestration rates of salt marshes in the German Wadden Sea, likely also representative for the Danish Wadden Sea, are quantified at 149 g C m-2 yr-1 over a 50 yr period and 112 g C m-2 yr-1 over longer term (Mueller et al., 2019), i.e. higher than those for Danish microtidal salt marshes. The estimates include the sequestration of both autochthonous and allochthonous carbon. In Arctic Norway, C-sequestration rates of five salt marshes are 19-603 g C m-2 yr-1, increasing e.g. with longer growing seasons; C-stocks in the corresponding sediments are limited to 367-1379 g m-2, resulting from thin sediments, e.g. due to isostatic uplift (Ward, 2020). In addition to the C-sequestration within the habitats, there is also a scope for exported saltmarsh detritus ending up in other sink habitats such as seagrass meadows.


Table 2 | Sediment organic C-stocks of Nordic BC habitats with indication of mean levels, standard deviation (sd), range, and number of observations (n).




Table 3 | Sediment C-sequestration rates for Nordic BC habitats with indication of mean levels, standard deviation (sd), range and number of observations (n).



The evidence is still insufficient to provide a reasonable Nordic estimate of saltmarsh C-stocks and sequestration as the few data points represent only about 10 sites spanning sediment depths of 40-100 cm and showing 5-10 fold variation between estimates; the estimates of area extent add further uncertainty. Hence, the average sediment C-stock (3311 g Corg m-2, Table 2) and C-sequestration rate (142 g Corg m-2 yr-1, Table 3) multiplied by the combined Nordic extent of salt marsh as quantified for Norway, Denmark, Sweden and Finland (1440 km2, Table 1) gives only a vague indication of the potential C-stock (4.77 Tg Corg) and C-sequestration (0.20 Tg Corg per year, i.e. 0.75 million tonnes CO2e yr-1), which need further validation.



Seagrass Meadows

Data on C-stocks in eelgrass meadows are available for sites in Greenland, Denmark, Sweden and Finland (Figure 2B and Table S5). C-stocks for the upper 10 and 25 cm sediments are 197-4413 and 364-5046 g Corg m-2, respectively, with higher stocks in the western Baltic Sea than in the eastern Baltic Sea and Greenland (Table 2, Röhr et al., 2018). The considerable variation in C-stocks both between and within regions relate to factors such as the degree of exposure and sediment characteristics with the highest stocks in sheltered settings with fine sediments (Röhr et al., 2016; Dahl et al., 2016b; Kindeberg et al., 2018; Dahl et al., 2020b).

C-sequestration in eelgrass sediments has solely been quantified for meadows in Greenland (via Pb210 dating) and over the first two years of a Danish eelgrass restoration (by repeated measure of sediment C-stocks in restored versus reference areas) (Table 3). These estimates range from an average of 5.1 g Corg m-2 yr-1 in Greenland to an average of 33 g Corg m-2 yr-1 associated with the eelgrass restoration in Denmark (Table 3). Sequestration has also been estimated for Danish and Finnish eelgrass meadows based on literature values on sediment accretion multiplied by measured C-densities (Röhr et al., 2016). In comparison with the initial sparse data from the Nordic region, a thorough recent study from the east coast of the USA reported net C-sequestration rate for eelgrass meadows (11.5 g Corg m-2 yr-1) that is compensated for the flux of greenhouse gasses (Oreska et al., 2020). Multiplying the estimated Nordic extent of eelgrass (1861 km2, Table 1) by, respectively, the average C-stock (2414 g Corg m-2, 25 cm depth, Table 2) and the net C-sequestration rate (11.5 g Corg m-2 yr-1, Oreska et al., 2020), the total sediment C-stock is approximately 4.49 Tg Corg and the sequestration rate 0.021 Tg Corg per year (corresponding to 0.08 million tonnes CO2e yr-1). As for salt marshes, these estimates are very coarse and preliminary and need further validation.

Eelgrass also supports sediment C-stocks and C-sequestration beyond the habitats (Duarte and Krause-Jensen, 2017) as first documented by eelgrass tracer studies already a century ago, which concluded that the organic matter of sediments in Danish fjords then derived almost entirely from eelgrass (Boysen-Jensen, 1914). Moreover, findings of eelgrass in ancient sediments (5600-6200 ca. BP) from Blekinge, in the SE Sweden, suggest the capacity for sequestration over Millenia (Yu et al., 2004).



Macroalgal Habitats

Most macroalgae, including kelp and rockweed, attach to hard substrates, such as rocks and stones, where organic matter does not accumulate. Macroalgae export part of their photosynthetic production as particulate and dissolved organic carbon (POC and DOC, respectively) to adjacent systems. This export supports secondary producers in the sea or on beaches (when washed ashore), while a small fraction is sequestered in C-sinks in marine sediments or the deep sea (Krause-Jensen and Duarte, 2016, Quierós et al., 2019, Ortega et al., 2020). This variety of export pathways and fates of macroalgal organic carbon makes it complex to constrain carbon budgets and sequestration rates for kelp and rockweed habitats. And because macroalgal C-sequestration in sediments occurs beyond the habitat, estimates are not directly comparable to those of sediment C-sinks in salt marshes and seagrass meadows.

In the Nordic region, the first studies documenting macroalgal export to sediment C-sinks are appearing. For northern Norway, the export rate of kelp to adjacent and off-shore sediments is quantified at levels close to the annual net kelp primary production, implying that most of the primary production is exported beyond the habitat. Part of this export supports sediment C-stocks and sequestration (Filbee-Dexter et al., 2018; Wernberg and Filbee-Dexter, 2018; Filbee-Dexter et al., 2020; Pedersen et al., 2020). For example, isotopic tracers show that macroalgae contribute to C-stocks in Danish eelgrass sediments (Thormar et al., 2016), environmental DNA (eDNA) document macroalgal C in coastal Greenland sediments (Ørberg et al., 2022), and eDNA supplemented with quantitative polymerase chain reaction (qPCR) document that macroalgae contribute to C-stocks and sequestration in coastal Norwegian sediments (Frigstad et al., 2021). An ongoing global study with Danish and Norwegian participation is quantifying the potential contribution of macroalgal farming to C-sequestration in sediments below the farms (www.oceans2050.com/seaweed). But no peer-reviewed sequestration rates of neither farmed or wild macroalgae are yet available from the Nordic region.

A first coarse, non-peer reviewed, estimate of the contribution of Nordic (excluding Greenland) kelp and rockweed habitats to C-sequestration was recently derived from the combined area of Nordic kelp forests (10,990 km2) and rockweed beds (5,556 km2), multiplied by an estimate of sequestration of Nordic macroalgal POC per macroalgal habitat area (19.9 ± 5 g C m-2 y-1, Table 3, Frigstad et al., 2021). This POC-sequestration estimate is based on a mass balance approach similar to that developed for the global estimate of macroalgal C-sequestration (Krause-Jensen and Duarte, 2016) but with Nordic data on macroalgal NPP and POC export. On this basis, the sequestration of macroalgal POC in coastal shelf sediments and the deep sea was coarsely estimated at 0.328 ± 0.082 Gg Tg C per year (corresponding to 1.18 ± 0.3 million tonnes CO2e yr-1, Frigstad et al., 2021). This first rough assessment needs further verification by peer-reviewed regional empirical data.

All in all, our review documents considerable Nordic information on sediment C-stocks of seagrass habitats, but limited information on C-sequestration rates for seagrass sediments and limited information on both sediment C-stocks and C-sequestration rates for other Nordic blue carbon habitats. While the compiled information represents sequestration of POC, DOC from BC habitats may also contribute to C-sequestration if being refractory or if exported to the deep sea (e.g. Krause-Jensen and Duarte, 2016). Quantification of this component is associated with large uncertainties and major knowledge gaps about DOC export pathways, mineralization and sequestration rates at both Nordic and global scales (Paine et al., 2021). Coarse estimates suggest that DOC may contribute more than 14% of the total C-sequestration supported by seagrasses and up to 67% of the total C-sequestration supported by macroalgae (Krause-Jensen and Duarte, 2016; Duarte and Krause-Jensen, 2017; Frigstad et al., 2021 and references herein).

Another knowledge gap is the potential emission of greenhouse gases (GHG) from Nordic BC habitats. Natural GHG’s that might escape from Nordic BC habitats are methane (CH4) and nitrous oxide (N2O), in addition of carbon dioxide (CO2), which may reduce the net climate change mitigation capacity (Al-Haj and Fulweiler, 2020). For eelgrass, a recent study on Nordic eelgrass sediments showed only minor emissions of methane (Asplund et al., 2022), and a study from the east coast of the USA documented that restored eelgrass meadows still represent a net sink of CO2 (0.42 t CO2e ha−1 yr−1) after including methane emission from the meadows (ca. 10% of the sequestration, Oreska et al., 2020). For salt marshes, the tidal regime as well as the salinity are important variables affecting the potential fluxes of methane or nitrous oxide emission and, thereby, the net C-sequestration capacity of marshes (Al-Haj and Fulweiler, 2020; Arias-Ortiz et al., 2021). Non-tidal and brackish salt marshes, such as those in the inner Baltic Sea, are likely especially prone to methane or nitrous oxide emission.

In addition to their C-sequestration capacity, marine vegetated habitats support a wide range of ecosystem functions and services such as (1) provisioning of biodiversity, including habitat and nursery grounds for economically important fish (birds in salt marshes), (2) a coastal nutrient filter that mitigates eutrophication, and (3) climate change buffering by natural coastal protection, alleviation of ocean acidification, and sediment accretion, (4) oxygen production, (5) protection of cultural heritage, and (6) aesthetical values. These aspects have received significant attention internationally (e.g. Costanza et al., 2014; Nordlund et al., 2016; Ruiz-Frau et al., 2017; Narayan et al., 2017) and will not be dealt with in any detail here. We solely underline that such functions are also documented in Nordic BC habitats (Table S6) and support the win-win aspect of the protection and restoration of BC habitats also in the Nordic region.




Management of Nordic Blue Carbon Habitats

This section gives an overview of the management of Nordic BC habitats in relation to protection against stressors, linking to the outlined policies, and with examples of concrete restoration initiatives. Most management addresses the BC habitats as such or BC sinks beyond the habitats both of which affect the capacity for climate change mitigation and adaptation as well as co-benefits of BC habitats.


Protection

Stressors differ somewhat between BC habitat types but include eutrophication and shading from coastal darkening, land-use changes/coastal development, physical disturbance from fisheries, overfishing, trawling, dredging, dumping, anchoring and harvest of macroalgae, as well as climate change (e.g.,Baden et al., 2010; Baden et al., 2012; Boström et al., 2014; Reusch et al., 2018; Frigstad et al., 2020; Krause-Jensen et al., 2021). Protective measures involve nutrient management plans, establishment of marine protected areas (MPAs) involving various controls on fisheries, dumping and anchoring in BC habitats and in C-sink areas beyond the BC habitats (e.g., Legge et al., 2020; Luisetti et al., 2020). Protection also involves controls on harvest of macroalgae as well as harvest/grazing as part of the protection of saltmarshes.


Nutrient Management

Plans to reduce eutrophication are widely implemented across the Nordic region, e.g. in response to the European directives (WFD, 2000; MFSD,  2008) and the HELCOM Baltic Sea Action Plan (https://helcom.fi/baltic-sea-action-plan/nutrient-reduction-scheme/targets/). In Denmark, for example, a first national Action Plan for the Aquatic Environment was enacted in 1987, followed by additional ones to achieve an overall objective of reducing total nitrogen and total phosphorus discharges by 50 and 80%, respectively. However, because 60% of the country is intensely cultivated, nutrient loadings remain a problem (Riemann et al., 2016).



Marine Protected Areas

MPAs in the Nordic region include sites designated under national laws as well as under the Natura 2000 network of nature protection areas. The latter encompasses Special Areas of Conservation under the Habitats Directive and Special Protection Areas under the Birds Directive (Figure 2C). Four of the Nordic MPAs are appointed UNESCO Marine World Heritage Sites: Surtsey (Iceland), West Norwegian Fjords – Geirangerfjord and Nærøyfjord (Norway), Wadden Sea (Germany/Netherlands/Denmark) and High Coast/Kvarken Archipelago (Finland) of which the first three support documented BC habitats (UNESCO, 2020).

The current proportion (in %) of “protected” marine area varies across the Nordic region with 4.5% in Norway [Meld. St. 29 (2020–2021) - regjeringen.no], 9.8% in Finland, 12.8% in Sweden and 15.2% in Denmark (https://biodiversity.europa.eu/countries/). However, the 2021 Nordic ministerial declaration on biodiversity, oceans and climate, the EU biodiversity strategy, the first draft of the CBD post-2020 global biodiversity and the High-level panel for a Sustainable Ocean Economy all support regional and global goals of 30% MPAs.

The actual protection of habitats within MPAs also varies considerably as the term “protection” is subject to interpretation. For the Baltic Sea in general, trawling remains a major stressor despite various controls (de Liedekere et al., 2020). In Denmark, fisheries have been allowed in most protected areas except in the Sound (Øresund) and except for a zone of 200 m surrounding stone reefs and bubble reefs, which implies that only about 2% of the marine areas are protected from trawling; however, a new marine plan aims to increase the targets. In NW Sweden, ~7% of the eelgrass area is negatively affected by small-scale construction of docks and marinas, even though habitats located less than 100 m from the shoreline are protected against exploitation by national law, and ~50% of the eelgrass area is located within protected areas (Eriander et al., 2017).

Under the Habitats Directive, salt marshes are designated a habitat type and are therefore more directly protected than eelgrass meadows and kelp forests, which just form part of the habitat types “Large shallow inlets and bays”, “estuaries” or “mudflats”. The Finnish Nature Conservation Act hence protects coastal meadows but not (yet) eelgrass meadows. In Iceland, national laws specify protection of mudflats and, thereby, eelgrass and salt marshes.



Controls on Harvest of Marine Vegetation

The harvest of wild kelp (Laminaria hyperborea) in Norway amounts to ~150,000 metric tons per year (Steen, 2018), representing ~0.3% of the estimated standing stock of living biomass (55 million metric tons, Frigstad et al., 2021; Gundersen et al., 2021). Usually, the Norwegian harvest area is ~6% of a regional kelp resource (Norderhaug et al., 2020), but can exceed 75% at monitoring points (Steen et al., 2018). The harvested yield has been stable for the past 30 years but is foreseen to increase as the number of commercial actors have recently doubled (from 1 to 2). Kelp harvest is regulated by law and regulations, and the Norwegian coast is divided into harvesting zones by latitude minutes (1 nautical mile), where each zone is open for harvest every 5-6 years, to allow for kelp regrowth. There is no upper limit on biomass harvest by regulations, and each zone can theoretically be depleted every 5 years. In practice, commercial actors prioritize areas with a high biomass per area and bottom conditions that fit the harvesting equipment. This often results in a patchy harvest. Harvest may be restricted based on the outcome of monitoring conducted half a year prior to planned harvesting. If the commercial demand is increasing in the future, and more efficient harvesting equipment is developed, macroalgae biomass, habitats and ecosystems may be severely impacted without further legislation.

The rockweed Ascophyllum nodosum is also harvested commercially in Norway, with yearly landings around 20,000 metric tons (Directorate of Fisheries, Norway, www.fiskeridir.no/tall-og-analyse/aapne-data). The Marine Resource Act does not regulate this harvesting, as it largely takes place in the intertidal, which is private property, and can be conducted with permission from the landowners.

In Iceland, the harvest of macroalgae is mainly confined to Breiðafjörður. The harvest of A. nodosum amounts to 15,000-20,000 metric tons per year and 4,000-7,000 metric tons for L. digitata and L. hyperborea (Ingólfsson, 2010; Gunnarsson et al., 2019). The Marine & Freshwater Research Institute has advised that the annual harvest 2018-2022 of A. nodosum in Breiðafjörður should not exceed 40,000 metric tons, or around 3% annually of estimated rockweed biomass in the area (Hafro.is, 2018).

There is limited tradition for commercial exploitation of wild macroalgae in Denmark, as well as in the Baltic Sea in general, but a significant harvest of pristine communities of the drifting red algae Furcellaria lumbricalis took place in the central Kattegat in the 1940-1960s and decimated the population (Schramm, 1998; Weinberger et al., 2020).

For salt marshes, overgrowth and shadowing by tall grass (e.g. reeds) is being managed by grazing and hay harvest to increase biodiversity. In Denmark, around two thirds of the total area of mapped salt marshes (2016-2019) is managed by such practices. In Finland, abandonment of traditional agricultural activities (Lehikoinen et al., 2017) has rendered boreal coastal meadows endangered (Schulman et al., 2008), and the conservation status under the EU Habitats Directive was assessed as unfavorable or bad in 2007 and 2013. However, due to new management efforts, the total area of Finnish salt marshes has now increased from 60 to 62 km2, and further supporting initiatives are in place via national funding (strategic nature conservation, restoration and management programme HELMI, 2020–2030) and EU funding (LIFE-project CoastNet LIFE, 2018-2025).




Restoration

The Nordic region holds several examples of active restoration of salt marshes, eelgrass meadows and kelp forests. Restoration can supplement protective measures and facilitate or speed up the natural recovery process. Below, we briefly summarize restoration techniques and provide (non-exhaustive) examples of restoration initiatives in the region (Figure 2D and Table S7). The Nordic restoration examples are typically individual projects that are not part of a coordinated large-scale effort and there is, as yet, no coordinated follow-up on restoration success, planning and guidance at national or Nordic scale.


Salt Marsh Restoration

As many former salt marsh areas were transformed to agriculture land by dikes, drainage and pumping, removal of these structures to reestablish the natural hydrology forms direct restoration measures. Such restoration links to “managed coastal realignment”, which is a new coastal protection strategy integrating coastal and nature protection by removing or abandoning coastal protection measures to reestablish natural processes and dynamics (Schernewski et al., 2018). There are examples from e.g. the southern Baltic Sea (Germany) and Denmark (Tryggelev Nor) (Karnauskaitė et al., 2018) citing the database “Our Coast” and the European Maritime Spatial Planning (MSP) platform database (www.msp-platform.eu). However, as saltmarshes are not necessarily positively conceived by the public, and engineering solutions to coastal protection are probably more generally acknowledged, there is a need for thorough public communication and involvement to build confidence and develop best practices (Stewart-Sinclair et al., 2020).



Eelgrass Restoration

Over the past decade, several eelgrass restoration efforts have been undertaken in the Nordic region (Figure 2D and Table S7). The activities have benefitted from international experience, which highlights (1) the need for careful site selection so that restoration takes place where eelgrass eelgrass used to grow and where habitat requirements are presently fulfilled, (2) the importance of sufficient spatial scale of the restoration to increase the chance of building resilience in the new patches, and (3) ensuring sufficient time perspective (years) for monitoring the effects of the restoration (Bayraktarov et al., 2016; van Katwijk et al., 2016; Orth et al., 2020). Persistent Nordic restoration efforts confirm these recommendations and provide best practices for site selection and full-scale restoration (e.g. Moksnes et al., 2016; Lange et al., 2022). The most successful Nordic eelgrass restorations have involved eelgrass transplants rather than seeds, and have sometimes involved anchoring of shoots, stabilization of sediments by protective structures, sandcapping, enclosures to avoid bioturbation, traps to reduce crabs, or co-restoration with blue mussels in order to facilitate eelgrass survival and growth (Moksnes et al., 2016; Gagnon et al., 2021; van der Heide et al., 2021, Flindt et al., 2022; Lange et al., 2022) (Table S7). Target areas for restoration have been identified by modelling where eelgrass habitat requirements are fulfilled (e.g. Canal-Vergés et al., 2016; Flindt et al., 2016) supplemented with further site inspection and transplantation trials (Lange et al., 2022). However, because eelgrass restoration is labor intensive, costly and with no guarantee of success, protection of existing meadows is a management priority (Moksnes et al., 2016).



Macroalgal Restoration

The main threats to macroalgae include but are not limited to removal of anchoring stones, aggressive fishery practices, and destructive grazing by sea urchins. In the cases of macroalgal habitat loss due to removal of stones, restoration of the habitat requires the establishment of new reefs. The Blue Reef project in the Kattegat (www.bluereef.dk) represents a successful example of macroalgal restoration. The experience gained from this and other projects led to a manual on best practices (Dahl et al., 2016a) and has inspired additional projects in Danish coastal waters (e.g. in Als Fjord and Limfjorden, and planned projects).

Restoration of macroalgae on barren grounds after destructive grazing by sea urchins has been carried out along the Norwegian coast by removing sea urchins, transplanting Laminaria hyperborea and Saccharina latissima kelp, planning sites of action taking interactions with other species, such as crabs, into account (Christie et al., 2019 and references therein). Based on this work, a strategy on how to recover kelp ecosystems from urchin barrens has been developed (Verbeek et al., 2021). “Green gravel” (i.e. small rocks seeded with kelp) has also recently been applied to restore sugar kelp (Fredriksen et al., 2020). The project MERCES has restored macroalgal habitats across Europe and concluded that active intervention (such as sea urchin removal) is required if the cause behind the habitat degradation and loss is not dealt with at a broader overall scale (Bekkby et al., 2020), e.g. by ensuring that intact fish populations control the sea urchin populations (Norderhaug et al., 2021). Internationally, Japan has the longest experience on macroalgal restoration including transplantation of kelp and removal of sea urchins, and their practice with country-wide restoration teams including fishermen (Watanuki et al., 2010; see also annex of Duarte et al., 2020) may inspire similar action in the Nordic region.

Macroalgal farming could potentially benefit wild macroalgal forests by leading to reduced harvest of wild macroalgae. Moreover, sustainable macroalgal farming may contribute associated ecosystem services, including uptake of excess nutrients, and supporting C-sequestration and reduced emissions, provided that the farming follows best practice sustainability standards (Duarte et al., 2022). Sustainability standards are needed to avoid potential negative effects of the farming such as competition of resources or physically damaging native habitats, and/or spreading of non-native strains (Campbell et al., 2019). Verified standards for C-accounting and C-offsetting connected with seaweed farming are also lacking and would require challenging and careful documentation (Hurd et al., 2022). The interest in the exploitation of macroalgae through harvest of living biomass and beach cast as well as via seaweed farming is on the rise both in the Nordic Atlantic region and the Baltic region, although the low salinity of the Baltic Sea presents suboptimal growth conditions for most species (Weinberger et al., 2020; Araújo et al., 2021). Among the Nordic countries, Norway has the largest number of seaweed farms (>27) and a large potential for macroalgal cultivation both inshore and offshore (Broch et al., 2019). The Norwegian seaweed cultivation industry is predicted to reach 4 million metric tons annually by 2030 and 20 million metric tons annually by 2050 (Olafsen et al., 2012). Macroalgal cultivation is also taking place in Denmark (6 farms), Faroe Island (2 farms), Greenland, Iceland and Sweden (one farm in each area) (Araújo et al., 2021).





Knowledge Gaps in Nordic Blue Carbon Science and Management

Scientific BC knowledge gaps include incomplete information on habitat area, changes in area, C-stocks, and C-sequestration rates and C-fluxes/budgets in general, including emission of methane and nitrous oxide. Another important information gap is to what extent it is possible to increase the C-sequestration of Nordic BC habitats via restoration and via protection against further loss, and thereby contribute to climate change mitigation. This is particularly the case for macroalgae for which information is lacking in each of the listed components, which prevents inclusion of macroalgal restoration and protection in BC policies. Salt marshes are also largely overlooked in BC context with very limited information on C-stocks and sequestration in the Nordic context, although areas are being assessed according to requirements of the Habitats Directive where this is relevant. The degree of success of restoration projects and their resulting ecosystem effects on C-sequestration are also poorly quantified as are large-scale ecosystem effects of macroalgal farming. Moreover, the effects of climate change on BC habitats need further exploration, both regarding plant communities, their performance and vulnerability, and regarding BC stocks and decomposition rates. These gaps limit both the possibility to quantify the climate change mitigation potential of Nordic BC habitats and their role in marine C-budgets at the Nordic scale. However, the recently completed Nordic Blue Carbon project provided, as mentioned, a major step forward in this direction for eelgrass and macroalgal communities (Frigstad et al., 2021). A recently initiated Nordic collaboration on salt marshes (“NordSalt” funded by EU) will increase the knowledge on Nordic salt marsh distribution, dynamics, C-storage, and management.

Managerial gaps include lacking a Nordic BC managerial roadmap, poor/unclear protection status of BC habitats, and limited focus on integration of management across sectors (e.g. environment/fisheries/climate/food), including optimizing management measures in the face of climate change. Regarding effects of climate change on the habitats, there is a need for considering projected changes in habitat extent and species ranges in relation to global change scenarios for the Nordic region. Perry et al. (2020) identified some areas in Sweden particularly vulnerable to combined global change effects, which should be considered in management schemes. Also, shallow Danish eelgrass meadows are more vulnerable to warming than deeper, cooler areas and management should facilitate the colonization of deeper areas by continued nutrient load reductions and prevention of mussel trawling (Krause-Jensen et al., 2021). Regarding potential effects of the habitats on the climate, there is only scattered knowledge on the mitigation potentials of Nordic BC habitats in terms of climate change mitigation and co-benefits (Gundersen et al., 2016; Frigstad et al., 2021).

Last but not least, further integration across sectors is needed, both science-management integration, integrated management of stressors to increase protection against eutrophication, physical damage as well as climate change, and integrated management of the functions of BC habitats in relation to biodiversity, climate change mitigation and adaptation, and nutrient filter effect.



A Nordic Blue Carbon Roadmap

The Nordic Blue Carbon project (nordicbluecarbon.no, Frigstad et al., 2021) recently highlighted policy recommendations, which we support and expand by also including salt marshes: “This group of scientists [.] urges for immediate and concerted policy actions to safeguard the Nordic Blue Carbon habitats, such as salt marshes, seagrass meadows, kelp forests and rockweed beds, especially through increased protection of coastal ecosystems by establishing marine protected areas and by increased efforts in reducing human pressures, such as nutrient pollution, overfishing and habitat fragmentation. There is enough scientific evidence to underpin the importance of these coastal ecosystems to support this call for action.” A similar message “Blue Carbon can’t wait” was also recently communicated as an editorial of the Science magazine (Douvere, 2021).

We propose a Nordic Blue Carbon roadmap for science and management along with a regional task force of Nordic experts to increase coordination and knowledge sharing, close the identified knowledge gaps, secure scientific data, and support the management of Nordic vegetated coastal and marine habitats as nature-based solutions to climate change with co-benefits for biodiversity and ecosystem health (Table 4). The science- and management roadmaps must be tightly connected, and linked to efficient communication to raise awareness to stimulate public and policy interest and involvement.


Table 4 | Proposed Nordic science and management roadmap for Blue Carbon.



Among the key actions needed is to generate more evidence to understand and constrain the huge variability in C-storage and climate change mitigation potential of the Nordic BC habitats and understand how it varies along the steep environmental gradients. This involves better quantification of both areas and C-storage, as well as predictive models for the long-term C-storage capacity. Recent advances in remote sensing techniques (satellites and flying drones) facilitate large-scale spatial monitoring and enables mapping and monitoring of (at least the shallow) vegetation belts at Nordic scales, but further improvement is needed Future BC strategies should also identify the best methods and key target areas for restoration and protection based on historical distribution and habitat suitability in present and future climate scenarios, and have focus on habitat connectivity to guide. In addition, we recommend to explore the potential for including BC habitat in the Nordic countries’ NDCs or national greenhouse gas inventories. Importantly, such initiatives should supplement and not reduce efforts to cut fossil GHG emissions. While IPCC guidelines exist for seagrass and saltmarsh habitats, they are still missing for macroalgae (the brown algae being most relevant to the Nordic region), and a further action point is to support the development of macroalgal BC guidelines (Table 4).

The large attendance of both scientists, managers and policy makers to the Nordic BC meeting in Copenhagen in 2019 already then demonstrated the scope for a Nordic BC collaboration and the relevance of a Nordic BC roadmap (Table S8). The work discussed here shows that while progress is being made and there is recognition that more data collection and dissemination is needed, there remains key knowledge gaps and challenges to realizing the full climate benefit and co-benefits of Nordic BC systems. Blue Carbon is clearly a concept at the intersection of science and policy, stressing the need of good science to advise and guide policy that will lead to climate mitigation, adaptation through conservation and restoration of these ecosystems. A strategic roadmap, supported by a formalized Nordic BC platform that provides coordination, prioritization, and knowledge exchange etc., will be essential in generating future joint Nordic BC collaborations and solutions towards climate change mitigation.
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Ecosystem-based conservation that includes carbon sinks, alongside a linked carbon credit system, as part of a nature-based solution to combating climate change, could help reduce greenhouse gas levels and therefore the impact of their emissions. Blue carbon habitats and pathways can also facilitate biodiversity retention, aiding sustainable fisheries and island economies. However, robust blue carbon research is often limited at the scale of regional governance and management, lacking both incentives and facilitation of policy-integration. The remote and highly biodiverse coastal ecosystems and surrounding continental shelf can be used to better inform long-term ecosystem-based management in the vast South Atlantic Ocean and sub-Antarctic, to synergistically protect both unique biodiversity and inform on the magnitude of nature-based benefits they provide. Understanding key ecosystem information such as their location, extent, and condition of habitat types, will be critical in understanding carbon pathways to sequestration, threats to this, and vulnerability. This paper considers the current status of blue carbon data and information available, and what is still required before blue carbon can be used as a conservation management tool integrated in national Marine Spatial Planning (MSP) initiatives. Our research indicates that the data and information gathered has enabled baselines for a number of different blue carbon ecosystems, and indicated potential threats and vulnerability that need to be managed. However, significant knowledge gaps remain across habitats, such as salt marsh, mudflats and the mesophotic zones, which hinders meaningful progress on the ground where it is needed most.
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Introduction

To synergistically tackle nature loss and climate change, the few remaining intact carbon-rich habitats need to be prioritised in conservation efforts (Smith et al., 2022). By protecting these carbon- and species-rich habitats, there is a reduction in carbon release and subsequent contribution to the climate change crisis (Pörtner et al., 2021). The cumulative consequences of anthropogenic climate change, habitat destruction and marine resource extraction are evident globally, even in the most isolated oceans and coastlines (Halpern et al., 2019; Bergstrom et al., 2021; Ward et al., 2022). The comparative isolation and reduced exposure from human pressures on islands and offshore shelf habitats imparts some level of biodiversity protection, but even these are impacted by climate change, marine debris, and non-native species threats (e.g. Barnes et al., 2018a; Hughes et al., 2020). Isolation does not absolve the need for management, nor does it guarantee the long-term sustainability of ecosystem services such as marine carbon capture to sequestration (‘blue carbon’; Bax et al., 2021; Bayley et al., 2021). Indeed, remote islands present unique physical and economic barriers to conservation planning. These constraints are evident in a lack of governmental capacity and ecosystem-based knowledge (Queirós et al., 2021), due in part to constraints on financial resourcing for science and marine management (Bax et al., 2022). A comparatively high carbon footprint and associated ‘risk footprint’ (e.g., fuel transport, site contamination/remediation and oil spill mitigation), pose additional logistical complexities for carbon off-setting in remote environments (Brooks et al., 2018; Brooks et al., 2019). Overcoming these limitations is particularly pressing as CO2 emissions continue to rise, and biodiversity continues to decline globally (Pörtner et al., 2021). Identifying locations with multiple intact blue carbon ecosystems such as seagrass, saltmarsh, mangrove, macroalgae and deeper seabed habitats is only one part of the challenge. Once these locations are identified, the additional tasks exist of securing adequate resourcing to support their conservation and ensuring this best mitigates threats.

Incorporating blue carbon as a conservation management tool is timely, as the global United Nations Framework Convention on Climate Change (UNFCCC) recommendations for the Conference of the Parties (COP26) in November 2021 noted that ‘marine ecosystems’ are also recognised as ‘carbon sinks’ in Article 21 of the final decision. This UNFCCC recommendation emphasises the importance of the protection, conservation, and restoration of terrestrial and marine ecosystems alongside the urgent and considerable reduction of greenhouse gas (GHG) emissions (UNFCCC, 2021a). Article 6 of the Paris Agreement outlines how governments can assist in achieving their Nationally Determined Contributions (NDCs) to carbon reduction and removal targets. This legislation includes international transactions in carbon reduction credits, and could encourage the private sector to contribute to GHG emissions reductions through “non-market approaches” under the Paris Climate Agreement (UNFCCC, 2021b). If such approaches are embraced, economists predict that the revenue from carbon markets could exceed USD 1 trillion by 2050 (IETA and the University of Maryland, 2021). These economic incentives pave the way for carbon credits linked to blue carbon and marine biodiversity conservation management in the near future. Momentum is therefore growing for robust blue carbon research to facilitate policy-climate-integration and inform accurate carbon accounting across multiple habitats through for example, an understanding of the distribution of carbon sequestering habitat for Marine Spatial Planning (MSP) that addresses ocean climate-driven change (‘climate-smart MSP’) (see Queirós et al., 2021).



A Broader Blue Carbon Definition

Many marine ecosystems are officially recognised as highly efficient carbon sinks. However, when Nellemann et al. (2009) originally defined blue carbon as carbon captured by marine living organisms, they put the spotlight on shallower, relatively accessible mangroves, salt marshes, and seagrasses. Blue carbon research continues to narrowly focus on these coastal ecosystem types because they are actionable; many nearshore systems which remove significant amounts of CO2 and store fixed carbon long-term, are subjected to undesirable anthropogenic impacts, and can be managed to maintain or enhance carbon stocks. Such management aligns with climate change mitigation and adaptation policies (Lovelock and Duarte, 2019). Other potential blue carbon ecosystem types have only been considered recently, such as macroalgae (Krause-Jensen and Duarte, 2016), and seafloor blue carbon (Barnes, 2015; Bax et al., 2021). However, significant knowledge gaps currently preclude them from being considered as actionable blue carbon ecosystems. These important overlooked blue carbon ecosystems should be reassessed as actionable or non-actionable, once knowledge gaps have been filled.

Here we consider the situation in the Falkland Islands (FI), as an exemplar of global challenges faced. In order to identify and fill key knowledge gaps, this paper discusses the major ecosystems, from terrestrial (green carbon) sequestration and fluvial loss in the shallow sea across the water column, until its potential burial in seabed sediment to provide a framework across the carbon cycle (Figure 1). Proposed Marine Management Areas (MMAs) are being consulted upon in 2022 and would encompass 15% of FI marine waters if implemented. This paper provides a foundation for future work on these important ecosystems.




Figure 1 | Overview of blue carbon habitats considered here including tidal marsh, mud flats and terrestrial input, the mesophotic zone (30 - 150 metres) and seafloor (carbon storage and sequestration potential) (see SI for an overview of the habitat data available and limitations of the methodology).





Incorporating ‘Blue Carbon’ Habitats Into Marine Spatial Planning in the Falklands Islands

The FI in the South West Atlantic, are positioned as a unique ecotone between the southern tip of South America and the Sub-Antarctic. The two main islands (East and West Falkland) are surrounded by over 700 smaller outer islands, and the FI coastline represents some of the world’s remaining pristine kelp ecosystems (van Tussenbroek, 1993; Friedlander et al., 2020; Mora-Soto et al., 2021), with higher biodiversity and species richness than neighbouring South America or the Sub-Antarctic island South Georgia (Figuerola et al., 2017; Beaton et al., 2020). The Falklands Interim Conservation and Management Zone (FICZ; established in 1986) and the Falklands Outer Conservation Zone (FOCZ; established in 1990) extending to 200 nautical miles (~370 km), gave the FI sovereignty over its fisheries and marine waters (Harte and Barton, 2007). The total resident human population is 3203 (Census preliminary results, Falkland Islands Government press statement, 2021), and the Falkland Islands Government launched an Environment Strategy 2021 – 2040, recognising ‘‘the central and universal role that the natural environment plays in the sustainable development of our health and wellbeing, our economy and our nation as a whole’’ (Falkland Islands Government, 2021).

To balance the need for regional economic security and biodiversity conservation, a holistic approach to MSP was initiated in 2014 (Brickle et al., 2019). The MSP process in the FI included an Assessment of Fishing Closure Areas as Sites for wider management (Golding et al., 2017). This process prioritised marine wilderness areas as potential MMAs (Brickle et al., 2019). The proposed MMAs represent an ecosystem-based approach to management planning objectives. The proposed MMAs, if designated, will include protection of kelp forests in nearshore waters, where they are recognised as structurally complex habitats, providing important ecosystem services (Bayley et al., 2021). In deeper waters, the proposed MMAs encompass the eastern slope of the Burdwood Bank, which is rich in unique and fragile Vulnerable Marine Ecosystems (VME) indicators (Auster et al., 2011; Brewin et al., 2020). Consequently, the MMAs could help to ensure the long-term resilience of multiple habitats and dependent species, as well as the sustainability of economically important fisheries by protecting connectivity between neighbouring biodiversity refugia (Briggs and Bowen, 2013). However, the data gaps common to highly biodiverse, but funding-limited remote island locations hinder the inclusion of management tools, such as the incorporation of blue carbon into MSP presently.



The First Annual Flux Measurements of Dissolved Organic Carbon in Falklands Rivers

The FI terrestrial ecosystems have amongst the highest proportional peat cover recorded anywhere in the world (Carter et al., 2020), making them extraordinarily carbon rich. It is estimated that its peatlands hold an organic carbon stock of 934 Mt C (Upson et al., 2016), although this is possibly a slight overestimate (SAERI unpublished data). These terrestrial carbon stocks are unlikely to be uniformly distributed, and global soil maps suggest that the South West Atlantic region has variable stocks that are up to 100% peat cover (Poggio et al., 2021 and FAO mapping respectively). Peat run-off impacts neighbouring coastal ecosystems via natural processes of organic carbon (OC), from soils to rivers, and subsequent transport into estuaries and then ocean basins (Dinsmore et al., 2010; Evans et al., 2016). These natural processes are sensitive to climate, seasonality and hydrology, and can also be altered or intensified by land-management impacts, including peatland degradation. Recent data from four East Falkland rivers show very high inputs of dissolved organic carbon (DOC) to estuaries (Evans et al., unpublished data), with DOC concentrations approaching those observed in tropical ‘blackwater’ rivers (Moore et al., 2011). Assuming that measured DOC concentrations in these rivers (which drain a substantial part of the landmass of East FI) are representative of the overall land area, we calculated that the annual flux of DOC carbon in Falkland rivers may be around 0.05 Mt C yr-1 (equivalent to 0.17 Mt CO2 yr-1 if subsequently oxidised). It appears that the majority of DOC exported from the terrestrial ecosystems is exported to the coastal ocean, but its subsequent fate and impact currently remains unclear. Visual observations have also documented the covering of seabed floors with particulate organic matter (POM) from eroded peat areas and peaty runoff discolouring the intertidal zone after rainfall events, but neither have been quantified (SMSG/SAERI unpublished data). The introduction of grazing animals following European settlement in the 1760s has changed the natural peatlands significantly, causing widespread soil erosion and drainage (Wilson et al., 1993; Otley et al., 2008), which climate change could be exacerbating (Upson et al., 2016). This can be devastating as peat fires alter carbon accumulation potential, can burn for months, producing peat-fire derived emissions (Turetsky et al., 2015). These combined impacts could increase dissolved and particulate export of terrestrial OC to the ocean, with implications such as altered biogeochemical cycles and aquatic light regimes. Research into the land-ocean carbon cycle is therefore required to understand the current impact of fluvial OC transport on the near-shore blue carbon cycle.



Undescribed Coastal Blue Carbon Habitats

Globally, salt marshes and mudflats are recognised as important blue carbon habitats (e.g. Newton et al., 2021), and conservation measures for carbon accounting and accreditation can be quantifiably applied in some locations (Burden et al., 2019). In the FI, these habitats are limited in extent for two reasons: 1) the tidal range is generally small – a maximum of 1.90 m during spring tides at Stanley, East Falkland, (National Oceanography Centre, 2022) with lower amplitudes south of East Falkland and higher ones west of West Falkland (Glorioso and Flather, 1995); and 2) coastal areas tend to be steep, so the effect of tides are therefore not visible across large areas. Consequently, salt marsh and mudflat extent is neither mapped nor quantified, limiting any inclusion in conservation management. The application of high-resolution satellite imagery is essential to map these small habitats scattered around the coastline - considering the global loss of these important ecosystems due to ongoing climate change, their disproportionate contribution to blue carbon stocks, and the potential for cross-habitat subsidies in estuaries (Bulmer et al., 2020), baseline information is urgently needed.



The First Sediment Organic Carbon Content Estimates Across the Falklands Conservation Zones

Estimates of organic carbon stocks are required to gauge the importance of a system in the marine organic carbon cycle. Additionally, organic carbon stocks are a measure of the potential vulnerability to human-induced disturbance (Jennerjahn, 2020). Existing seabed sediment maps provide hints to where sizable organic carbon stocks might be expected, as organic carbon content scales with grain size. There are no maps available for this specific geographic region. However, predictive mapping of carbonates and grain size are available (Brewin et al., 2020) and comparative datasets from neighbouring geographies for the Argentinian and FI Island continental shelves do provide insight. For example, Parker et al. (1997) describe most of the continental shelf as either sand or gravel, and open-access seafloor type datasets support this assessment (Petschick et al., 1996; Servicio de Hidrografia Naval 2022). This is clearly an area of much needed future research to inform assessments on organic carbon stocks in surface sediments (upper 10 cm of the sediment column).

A more direct way to estimate organic is to spatially predict them with geostatistical or machine learning methods. This requires observations and suitable predictor variables and has been successfully demonstrated at regional scales (e.g., Diesing et al., 2017; Wilson et al., 2018; Diesing et al., 2021; Pace et al., 2021). The amount of suitable observations within the Falklands Conservation Zones (FCZs) that could be retrieved from relevant databases (PANGAEA, https://www.pangaea.de/, MOSAIC, http://mosaic.ethz.ch/ and dbSEABED http://instaar.colorado.edu/~jenkinsc/dbseabed/) is, however, very limited. To derive a first-order approximation of the size of the organic carbon pool in FCZs surface sediments, we utilise recently published global maps of organic carbon content (Lee et al., 2019) and stock (Atwood et al., 2020).

Atwood et al. (2020) provide a global map of organic carbon stocks, measured in Mg C km-2, that can be clipped to the FCZs which covers close to half a million km2 (SI.1 Table 1). Mean values are then derived for the inner and outer zones with zonal statistics in ESRI ArcGIS, and these are multiplied by the surface area, yielding a pool size of 167 Tg and 138 Tg for the inner and outer zones, respectively. Conversely, using global predictions of organic carbon content and porosity (Lee et al., 2019) gives pool sizes of 98 Tg and 89 Tg for the inner and outer zones, respectively. These differing estimates indicate that dedicated predictive models based on newly collected data will be necessary to narrow down the uncertainty in the organic carbon pool size (see SI for limitations of this methodology).

Seafloor ecosystems store and sequester from external sources across pelagic food chains with important linkages to macroalgal beds onshore (Bayley et al., 2021). In this manner, seafloor biota do not only bury their own carbon, but trap carbon from multiple sources (Laffoley and Grimsditch, 2009). Knowledge on source-to-sink pathways, organic carbon reactivity (Smeaton and Austin, 2022) and burial rates is essential to understand long-term storage and sequestration capacity. Therefore, without the collection and analysis of new sample data and investment, it is difficult to know how vulnerable the FI carbon stores are to depletion, or where additional carbon sequestration might be possible.



Carbon Storage in Falkland Islands Kelp Ecosystems

Kelp forests dominate the FI coastal zone (Beaton et al., 2020), creating habitat for commercially important species and rapidly cycling carbon from the surrounding waters. Existing worldwide, kelps boast high growth rates and productivity (Wernberg et al., 2018). Despite disagreement in the literature on macroalgae’s status as ‘blue carbon’, there is growing evidence for their ability to sequester biomass to surrounding deeper waters by drifting to stable sediment beyond the turbulent mixing layer, and potentially having a substantial role in global carbon cycles (Krause-Jensen and Duarte, 2016; Smale et al., 2018; Froehlich et al., 2019; Filbee-Dexter and Wernberg, 2020).

As knowledge around macroalgal distribution and potential sequestration rates becomes more robust (Queirós et al., 2019; Blain et al., 2021; Pedersen et al., 2021; Smale et al., 2021), kelp’s likely role in global carbon storage becomes evident. Bayley et al. (2021), conservatively estimated that kelp in the FI may sequester in the order of 0.299 Mt of CO2 annually (equating to ~£31.07 million per year at 2020 carbon price). However, a range of assumptions are included in such estimates, particularly relating to total carbon sequestered and the appropriate valuation of carbon credits. The financial value of carbon credits are only eligible for trading if they result from a management activity that illustrates net sequestration gain. For example, through the identification of a degraded location and its restoration. Limiting a nascent area of the blue carbon market, which is not currently accredited.

Due to the large size of blades that extend to the sea surface or sub-surface, it is possible to map the extent of Macrocystis pyrifera presence with good confidence. This is a method which has been applied to FI coasts (Golding et al., 2019; Mora-Soto et al., 2020; Houskeeper et al., 2022). However, this method is still limited by factors such as water clarity, wave action, and water depth. Alongside M. pyrifera, smaller kelp species found around the archipelago include the two ‘tree kelps’, Lessonia vadosa and Lessonia flavicans, and the ‘bull kelp’ Durvillaea antarctica (Beaton et al., 2020; Mora-Soto et al., 2021). Smaller Lessonia species do not raft at the surface and often occur in deeper water or are obscured within the understory, making them difficult to map accurately (Golding et al., 2019). The larger D. antarctica can raft, however, its distribution is restricted to a thin band along exposed coasts, which can be difficult to access. Additionally, kelps undergo changes in extent and biomass according to annual/seasonal cycles and wave exposure, making survey timing important (Graham et al., 2007; Beaton et al., 2020). However, estimates of typical biomass, carbon storage per thali, and average net primary production are currently highly uncertain, and include regional taxonomic uncertainty for the Lessonia species (Bayley et al., 2021).

With these limiting factors in mind, confidence in kelp distribution may be improved through the collection of acoustic data (multibeam bathymetry/backscatter, side-scan sonar) (Golding et al., 2019). These data will help identify presence and type of vegetated benthic habitat, and the environmental factors which drive their distribution (Kenny et al., 2003; Rattray et al., 2013; Rattray et al., 2015). Combining above-water instrumentation with systematic in-water benthic surveys and use of remote-sensing tools will improve species distribution modelling estimates (Jayathilake and Costello, 2020; Mora-Soto et al., 2020). This will be particularly useful for quantifying vertical distribution of kelps, which can extend to ~60 m depth (Graham et al., 2007).

Once kelp source extent and condition are parameterised, mapping of source-to-sink pathways and quantification of carbon already sequestered within deep sea sediments will be necessary. Sediment depth, type, rate of sedimentation, bioturbation and average anthropogenic or natural disturbance will all influence the amount of carbon stored locally, now and in the future (Macreadie et al., 2017; Green et al., 2018; van de Velde et al., 2018; Atwood et al., 2020).



Blue Carbon and Planktonic and Pelagic Organisms

Pelagic ecosystem function is integral to global biogeochemical cycling and plays a major role in modulating atmospheric CO2 concentrations (Howard et al., 2017). The southern Patagonian Shelf, a component of the Patagonian Large Marine Ecosystem, is one of the most productive marine ecosystems globally (Marrari et al., 2017). However, our understanding of regional phytoplankton, zooplankton and bacteria is hampered by a lack of knowledge of the taxa dynamics across the Patagonian Shelf, and particularly within the FCZs (e.g. Sabatini et al., 2004), where there are no oceanographic circulation models available to date. Consequently taxa dynamics are only inferred by proxies such as chlorophyll, which is a measure of phytoplankton biomass in surface waters (NASA satellite data). In contrast, pelagic fish communities in this region are relatively well known (Arkhipkin et al., 2012; Arkhipkin et al., 2013a; Arkhipkin et al., 2013b), due to a long history of fishing pressure across the region. For example, the squid (Illex argentinus) represents the world’s second largest cephalopod fishery, and during peak intensity it is a visible feature from space (NASA Earth Observatory 2022). Illex argentinus is primarily harvested by squid jigging in the FCZs, the high seas of the Southwest Atlantic, and Argentine Exclusive Economic Zone (to a value of $597 million USD; range $301-2,396 million USD based on 2005-2016 data, see Harte et al., 2018). Species at mid to low trophic positions play a key role in the trophodynamics of this ecosystem (e.g. Sprattus fuegensis, Patagonotothen ramsayi, Micromesistius australis, and Munida gregaria) and are considered to be a “wasp waist” structured ecosystem (Laptikhovsky et al., 2013; Riccialdelli et al., 2020). Therefore, there is an increasing awareness of the contribution of these fisheries’ to important large-scale processes, such as carbon storage, and how ecosystem-based management can help sustain them. However, more knowledge and increased fisheries-science collaboration is required to quantify the specific trophic pathways and fate of carbon transferred through passive settlement to deep marine sediments, or transported via active migration of fish to neighbouring regions (Saba et al., 2021; Wing et al., 2021).

Carbon transported to the deep sea through these trophic pathways can remain sequestered for millennia (Howard et al., 2017). However, overfishing and the use of sediment-disturbing bottom trawl nets in particular prevent and reverse blue carbon sequestration over large time scales (van de Velde et al., 2018; Mariani et al., 2020). For example, Mariani et al. (2020) show that through historical extraction and fuel consumption, ocean fisheries have released ≥0.73 billion metric tons of CO2 (GtCO2) into the atmosphere since 1950. Globally, 43.5% of that blue carbon extracted by these fisheries in the high seas comes from areas that would be economically unprofitable without subsidies (not a component in FI Fisheries). Maintaining well managed fisheries will reduce blue carbon loss to the atmosphere by sustaining the natural carbon pump through healthy fish stocks and increase natural carcass deadfall to the deep sea (Higgs et al., 2014; Honjo et al., 2014). Roughly 60% of the FICZ has fishing restrictions in place presently (SI.1 Table 3) and future monitoring could inform on the effectiveness of these restrictions and closures for protecting carbon stores. Whilst, the proposed FI MMAs could preserve existing carbon storage and stock densities through conserving local marine ‘wilderness’ areas.



Blue Carbon Potential of Habitats Extending Into the Mesophotic Zone

Mesophotic ecosystems are largely unexplored in the FI and the lower depth limit of most light-dependent species is unknown (Goodwin et al., 2011; Goodwin et al., 2012; Brewin et al., 2020). These habitats constitute complex biodiversity at depths between 30 m to 150 m (Hinderstein et al., 2010) and we calculate that the projected areal extent of this habitat is over c. 50,000 km2 (SI.1 Table 3). However, despite this substantial area, only incidental nearshore surveys have been conducted to explore these depths to date. For example, surveys in 2020 and 2021 recorded the presence of stylasterid coral (hydrocoral) gardens, rhodolith beds (coralline algae nodules), and reef-like aggregations of parchment worms below 40 m during Remote Operated Vehicle (ROV) and drop cameras surveys (SAERI unpublished data). These observations constitute the discovery of carbon rich taxa in the mesophotic zone. Without investments in time and resources, observational data cannot be meaningfully quantified or included in distribution models and conservation planning at present. For example, a search of the Ocean Biodiversity Information System (OBIS) database for VME indicator taxa (FAO, 2008; CCAMLR, 2009) to identify potential benthic sequesters across the FCZs, showed that 26% of all the OBIS VME records are found in the mesophotic zone (Figure 2). However, the upper mesophotic zone (30 - 60 m) has only 0.5% of these, and 29% (c. 700 records) of OBIS VME records do not include depth information at all. These gaps highlight that there is much to be discovered in the FI marine environment, and much that needs to be done to progress the available information into broader application. Investments in nearshore marine science voyages and technology to survey the seafloor through multibeam echo sounder and backscatter data and sampling by means such as with Remote Operated Vehicles (ROVs) are needed to gain a baseline understanding. This will be an important first step to gain an understanding of undiscovered blue carbon habitats and biodiversity in areas where fisheries do and do not operate. Sampling in areas where fisheries operate could be undertaken in collaboration with existing ship-based data collections, and would aid in validating onshore to offshore carbon pathways and natural fluctuations through time. However, demonstrating permanence (removal of carbon from the biological to the geological carbon cycle), and identifying an intervention to increase carbon drawdown at scale is a substantial research effort, across much of the FCZs and central plateau region of the southern proposed Burdwood Bank MMA to understand mesophotic blue carbon (c. 11% SI.1. Table 3).




Figure 2 | i) The Falkland Islands geographic location in the South West Atlantic ii) Distribution of offshore surveys in FCZs: Broad-scale classification habitat maps and predictive maps of VME taxa as proxies of VMEs have been produced over the spatial extent indicated in dark green. These broad-scale maps have been based upon GEBCO bathymetry. Higher resolution mapping has been undertaken at oil and gas survey point locations shown by white circles (2x2km2). High-resolution bathymetry has been collected at these sites and within the hashed boxes. ii) VME indicator taxa compiled from OBIS, SAERI unpublished data and Brewin et al., 2020 (SI.1 Table 2) for the following taxa grouped by Phylum - Annelida - Serpulidae; Arthropoda - Bathylasmatidae; Brachiopoda; Bryozoa; Chordata- Ascidiacea; Cnidaria- Actiniaria, Alcyonacea, Pennatulacea, Scleractinia, Antipathraia, Hydroidolina, Stylasteridae; Echinodermata- Crinoidea, Ophiurida, Cidaroida; Hemichordata; Porifera.





Benthic Habitats Offshore With Long-Term Carbon Storage and Sequestration Potential

The FI benthic slope habitats share close affinities with the Sub-Antarctic, one of the world’s most important geographic regions for the sequestration of anthropogenic CO2 by marine ecosystems (Thomalla et al., 2011; Swart et al., 2015; Pörtner et al., 2021). Marine organic carbon accumulation is predicted to be primarily on shelf and slope habitats globally (e.g., Muller-Karger et al., 2005), where biodiversity is greatest, and where it is often vulnerable to the impacts of fishing gear and biomass extraction (Mariani et al., 2020). The biota on continental shelves at high southern latitudes are effective at sequestering carbon and unlike other carbon sinks, they are increasing with climate change (for example around Antarctica: Barnes et al., 2018a; Bax et al., 2021; Cavanagh et al., 2021). A better understanding of these potentially rare and sizable (in terms of area) negative feedbacks on climate change, is valuable in social carbon costs. Seabed biomass shallower than 1000 m in some South Atlantic habitats can accumulate carbon of considerable mitigation potential (Barnes et al., 2021). The eastern Burdwood Bank (adjacent to the Namuncurá MPA), is a proposed MMA, and preliminary research suggests it hosts high carbon storage and sequestration potential (Bax and Cairns, 2014). Furthermore, carbon and biodiversity rich habitats including abundant stylasterid and scleractinian coral assemblages add to the conservation significance of this region (Bax et al., 2014; Cairns and Polonio, 2013). Cold water corals are debated as ‘blue carbon’ habitats as they re-emit some CO2 when building their CaCO3 skeletons (Laffoley and Grimsditch, 2009). Much seafloor life has importance as ecosystem engineers and sediment creators, but their vulnerability to climate change (Figuerola et al., 2021, Rogers et al., 2021) and bottom fishing mean a focus on maintaining ecosystem function at the site of sequestration - where it is most crucial to long-term climate mitigation - includes conservation of VME indicator taxa (such as corals) and the ecosystem services a biodiverse seafloor habitat can provide.

If research on ecosystem function at the site of sequestration is prioritised, a quantification and forecasting approach to blue carbon in locations like the Burdwood Bank could potentially lead to future investments in biodiversity conservation offshore, which includes economic gains by sustaining ecosystem services to inform national emission targets. However, there are a number of limitations to ground truthing long term carbon sequestration estimates on the seafloor (100s - 1000s of years), and the climate mitigation potential of benthic ecosystems in a policy-specific context (Bax et al., 2021). Primarily, this ground-truthing relies on seabed mapping technology with the capacity to discriminate between benthic habitats and model species distributions at multiple spatial scales. Investment at this scale is lacking, and large swaths of seafloor have never been sampled, or examined by multibeam echosounder, and in some cases these data are under commercial licence and not openly available for use (Figure 2). The limited spatial extent of ground-truthed data, coupled with the low resolution of environmental data used in these models, is the main limitation of habitat maps (Guisan and Thuiller, 2005; Ross et al., 2015), and we present a synthesis of high resolution bathymetry available to date (Figure 2 limitations outlined in SI).

The wealth of VME indicator taxa recorded from across the FI (Figure 2), including high sponge diversity (Goodwin et al., 2011), scleractinian coral reefs (Cairns and Polonio, 2013; Brewin et al., 2020), sea pen fields, coral gardens (Brewin et al., 2020), chemosynthetic communities (Noble, 2014 unpublished data) and field-like aggregations of deep-sea stylasterid (lace) corals across the plateau (Bax and Cairns, 2014; Bax, 2014); highlight that there is much to discover by investing in seafloor science in the FI. In an attempt to inform protection of these blue carbon habitats, spatial overlap between functional group records and VME indicator taxa were compared (SI.1 Table 2). Considering the proportion of soft sediment on the FCZs (Petschick et al., 1996; Parker et al., 1997; Servicio de Hidrografia Naval 2022; Gerdes and Montiel, 1999), and the areal extent of VME indicator taxa of the FCZs c. 175, 000 km2 (SI.1 Table 2), future work could align these groupings with geographic data sets in the Southern Ocean where core estimates have been contrasted against seabed images to clarify blue carbon gains (Zwerschke et al., 2022). However, whilst an imaging research approach is non-invasive and helps to clarify seafloor community ecology, it can fail to include infaunal species data. These data are often only available based on generalised biomass estimates (e.g., Brey and Gerdes, 1999) and species lists from adjacent regions (e.g., Gerdes and Montiel, 1999; Rios et al., 2003) limiting our capacity to understand basic seafloor biodiversity composition.



Future Seafloor Blue Carbon Priority Research Areas

Future work would be most informative if bathymetric data were ground-truthed with seabed core sampling to clarify carbon content and production estimates, combined with carbon dating technology, through time (Atwood et al., 2020). Data from the Magellan and Beagle Channel region (including shelf estimates) provide comparable carbon content and production estimates to the eastern Weddell Sea (Brey and Gerdes, 1999). Ideally this information can be overlayed with VME and infaunal assemblage mapping, biogeochemistry, and population genetics to estimate blue carbon connectivity from key model sequesters (e.g., corals, sponges and echinoderms). This type of information would validate carbon storage and sequestration estimates based on functional groups at finer temporal and spatial scales (e.g., per population, per area, per year over time) both offshore (e.g., Barnes and Sands, 2017; Barnes et al., 2021) and nearshore (e.g., Morley et al., 2022). However, such estimates also rely on knowledge of a taxon’s traits such as feeding strategy, mobility and lifestyle, which is lacking for most benthic taxa (www.SCAR-MarBIN.be). Therefore, an accurate estimation of carbon storage rates (such as annual increments) across areas for the purpose of carbon accreditation is currently difficult at the scales needed by policy (unless undertaken on a taxon by taxon basis (e.g. bryozoans, see Barnes, 2015).



Forward Look

The preservation of nature as a functional carbon sink, is based upon the long-term burial capacity of seafloor biota and the continued efficiency of external sources of carbon such as macroalgal beds and pelagic ecosystems. This recognition imparts the need for a multi-tiered approach to blue carbon research that includes fisheries management and terrestrial blue carbon pathways. This approach also focuses on ecosystem based preservation, as it is far more efficient and less costly to protect habitats while healthy than to restore once degraded, with compromised carbon storage and sequestration capabilities (Barnes et al., 2021; Bax et al., 2021; Bayley et al., 2021). In the context of blue carbon, understanding key ecosystem information like the location, extent, and condition of broad scale habitat types, will be critical in understanding sequestration pathways and capacity. In turn, blue carbon habitats and pathways can facilitate strategic and adaptive planning aimed at retaining biodiversity, maintaining sustainable fisheries, and preserving ecosystem services and economies for generations to come (Bertram et al., 2021). However, before this utility of blue carbon as a MSP tool can be realised, a substantial knowledge and understanding base is required.

MPAs and spatial management are an important part of sustainable futures, especially if MSP can keep pace with climate change and remain both locally and globally relevant (Queirós et al., 2021). As the UN Ocean Decade for Sustainable Development (2021 - 2030) progresses, there is an increasing emphasis on negotiations for a new UN treaty on Biodiversity Beyond National Jurisdictions (BBNJ), where greater than 50% of earth’s biodiversity resides (FAO, 2020). The total area of fishing footprint determined by Brewin et al. (2020) for both the FCZs and ABNJ is 36 924km2, and the total footprint of actual fished ground in the ABNJ is almost twice as large as the FICZ (23 928km2) and FOCZ (12 997 km2). Therefore, whilst this paper focuses on knowledge gaps within the FCZs, as extractive industries expand globally, the FI also provides a test-case for the necessity of protection and sustainable practice in jurisdictional waters - to mitigate the threat of unregulated fleets in Areas Beyond National Jurisdiction (ABNJ). Furthermore, by filling the common knowledge gaps outlined here, all conservation and monitoring strategies south of 40° would benefit and could potentially replicate multi-tier approaches. In this manner, the inclusion of blue carbon research into MSP must also grapple with a contiguous managed area that includes ABNJ fisheries across a vast area extending into the Scotia arc in the sub-Antarctic. Given the diversity of habitats and high endemism to consider (Morley et al., 2022), a precautionary and informed management approach to conservation will be imperative.
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Cetaceans provide a range of ecosystem services of value to anthropogenic interests. Following the Common International Classification of Ecosystem Services (CICES) these are categorised as regulation and maintenance, provisioning, and cultural values. This study focuses on those of importance to climate change mitigation through regulation and maintenance. Under regulation and maintenance, cetaceans can store, transport, and influence stocks of carbon through: climate regulation through carbon sequestration, enhanced biodiversity and ecosystem potential, and enhanced primary productivity. ‘Climate regulation through carbon sequestration’ can be quantified as carbon fixation through living biomass and ‘whale-falls’. Cetacean populations store significant stocks of carbon in living biomass. After death, sinking whale carcasses, ‘whale-falls’, provide a significant transfer of biomass and nutrients to benthic sediments and support deep sea ecosystems. During their lifespan, cetaceans also disperse nutrients through feeding and excretion both horizontally through the ‘whale-conveyor’ and vertically through the ‘whale pump’. As nutrient limitations hinder phytoplankton growth, these processes can be quantified as the increased potential of phytoplankton carbon fixation from cetacean driven nutrient cycling. Enhanced biodiversity, ecosystem potential, and primary productivity can be quantified as carbon fixation through nutrient cycling. This study reviews the evaluative and valuative techniques used in cetacean ecosystem service research and adapts and applies them to the Joint Cetacean Protocol (JCP) data which details cetacean abundance and distribution in Europe. They are then reviewed with regards to their robustness, application in markets, and in decision making processes. Cetacean populations are estimated to contain 2 Mt C, cycle 60,000 t N yr-1, and impact carbon fluxes by as much as 22 Mt C yr-1 in the survey area. The values highlight key areas for cetacean conservation: the Outer Hebrides, west of south Wales, around the Isle of Man, to the east of England, and to the north-east of the Shetland Islands. There is, however, large uncertainty in the evaluative processes used; nutrient cycling models presented in this study don’t capture removal of excess nutrients, or the values of enhanced biodiversity and ecosystem potential. As such, they are not sufficiently robust to quantify market values but highlight key areas for future research on climate change mitigation through conservation. Key areas of future research include phytoplankton uptake rates of nitrogen and phosphorus in nutrient limited waters, quantification of ‘enhanced biodiversity and ecosystem potential’, and nutrient removal from coastal waters.
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1 Introduction

Whilst climate change is the result of anthropogenic activity and carbon emissions, the underlying factors of climate change are driven by economic, ecologic, and societal issues. Global policy therefore attempts to address climate change through an integrated approach of eco-social economics where common metrics (finance) are used to valuate natural capital and ecosystem services (Cisneros-Montemayor et al., 2019). There is debate on the suitability of ecologic valuations with regard to social equity (Peskett et al., 2008; FPP, 2011; Barbesgaard, 2016) and ecologic concerns (Fearnside, 1995; Fearnside, 2005; Fearnside, 2016). However, when carefully implemented, such valuations can aid conservation agendas and help communicate the value of natural capital to policy makers (Cavanagh et al., 2016; Dasgupta, 2021). Where values of natural capital are outside markets, they are often used to guide management of natural resources; in the ocean they are used in Marine Spatial Planning (MSP) processes (Price and Warren, 2016; Geraldi et al., 2019; Macreadie et al., 2019; Porter et al., 2020).

To valuate stocks of marine carbon, it’s first necessary to understand the complex biogeochemical and physical processes that influence global carbon fluxes and concentrations of atmospheric carbon. The ocean is of key importance as a major carbon sink and holds 98.5% of the carbon in the ocean-atmosphere system (Houghton, 2003). Marine carbon will flux between atmospheric carbon, in different forms in marine waters, and/or into benthic sediments and habitats. If carbon is stored for more than 100 years or transported below depths of 1000m or into sediments, this may be considered sequestered (Caldeira et al., 2002; Lovelock and Duarte, 2019). As atmospheric carbon contributes to climate change, and creates costs through climate change impacts, sequestered marine carbon may then be valued as the avoidance of that carbon in the atmosphere contributing to climate change impacts. Carbon therefore has an estimated value (Pearce, 2003; Watkiss et al., 2005) and this underpins carbon offsetting, ‘blue carbon’, and economic valuations of carbon stocks and fluxes (Ullman et al., 2013).

Marine carbon is defined as either being organic or inorganic, and as dissolved or particulate1 (Thompson et al., 2017):

	Organic: the carbon found in living plants and animals, in organic rich detritus, as dissolved organic carbon (DOC), and as particulate organic carbon (POC).

	Inorganic: the carbon dissolved in seawater that forms carbonates, dissolved inorganic carbon (DIC) and the calcareous skeletons, and hard shell material, formed by living organisms otherwise referred to as particulate inorganic carbon (PIC).



The relative global stocks of marine carbon are:

	DIC: There is roughly 38,000 Gt C of global DIC as carbonic acid, bicarbonates, and carbonates (Olson et al., 1985; Hansell and Carlson, 2015). DIC is mostly stored in the deep sea, which is often defined as waters greater than 100m in depth (Bishop, 2009). DIC fluxes with atmospheric carbon, in addition to POC, and between deep and shallow waters.

	DOC: Global estimates of DOC range from 662 Gt C to 740 Gt C in marine waters (Bishop, 2009; Hansell et al., 2009) and 150 Gt C in mixed surface marine sediments (Hedges, 1992). Photosynthesis is predominantly responsible for fixing DOC into POC and by extension DIC (Hedges, 1992) but microbial action may account for 30-50% of primary production (Jiao et al., 2010; Hansell and Carlson, 2015).

	POC: There is 22 Gt C mostly as inert matter and detritus with roughly 2 Gt C of that as organic carbon in living marine organisms (Olson et al., 1985; Hedges, 1992; SOEST, 2011). Global POC fluxes from primary productivity in surface waters to deeper waters and sediments are estimated to be between 8.5 Gt C yr-1 and 14.3 Gt C yr-1 (Xie et al., 2019).

	PIC: There is roughly 0.02 Gt C of PIC, mostly CaCO3, as a global average; it is important to note that CaCO3 production will generally occur in blooms and create high spatial and temporal variability (Balch et al., 2005). PIC is believed to represent one quarter of all marine sediments (Broecker and Peng, 1983; Balch et al., 2005; Seibold and Berger, 2017).



There are three main processes or ‘pumps’ which drive ocean-atmosphere carbon fluxes and nutrient cycling, and they are determined by both biotic and abiotic factors (Heinze et al., 1991; Bishop, 2009; Henson, 2020). They can be summarised as:

	A physical/solubility pump: driven by abiotic factors such as solubility, ventilation, and transport.

	A biological soft tissue pump: driven by a mix of abiotic factors and biotic processes such as photosynthesis, respiration, and heterotrophy.

	A calcium carbonate pump: driven by a mix of abiotic and biotic factors.



There is also a fourth pump, though it is generally considered to be part of the biological pump:

	A microbial carbon pump: this describes the production of DOC by microbial processes and can account for 30-50% of marine primary production (Ducklow et al., 1995; Biddanda and Benner, 1997; Jiao et al., 2010; Hansell and Carlson, 2015).




1.1 The Biological Pump

The biological pump describes the processes by which inorganic carbon (carbon dioxide) is fixed in the ocean through photosynthesis and then transported, and potentially sequestered, in the deep ocean (De La Rocha and Passow, 2013). This pump is principally driven by phytoplankton activity, photosynthesis, and respiration. It may be calculated without respiration to estimate Primary Productivity (PP), or also include respiratory requirements to estimate Net Primary Productivity (NPP). NPP is the foundation of the marine trophic chain and is determined by physical processes, such as tidal mixing (Marshall, 1997; Marshall et al., 1997), in addition to localised and regional nutrient concentrations which may limit phytoplankton growth (Parekh et al., 2006; Archer and Jokulsdottir, 2013). Nitrogen, phosphorus, and iron are the most common nutrients limiting phytoplankton growth (Roman and McCarthy, 2010; Zhao et al., 2019).

In the Southern Ocean, phytoplankton growth is limited by the availability of iron, therefore, processes which increase iron availability in the photic zone can increase NPP, the efficiency of the biological pump, and the export of carbon from the atmosphere to the deep ocean (Lavery et al., 2010; Ratnarajah et al., 2014). In the North Sea, in near coastal shallow waters, there is a terrigenous influx of nitrogen (Painting et al., 2018) and higher turbidity due to tidal mixing (Zhao et al., 2019); here light is the limiting factor for NPP (Zhao et al., 2019). Further away from shore in the North Sea, however, tidal mixing infuses nutrients into the surface (photic) waters and nitrogen availability is the limiting factor in NPP (Zhao et al., 2019).



1.2 Cetacean Ecosystem Services

Cetaceans have long been understood to provide a wide range of important ecosystem services (Katona and Whitehead, 1988; Apollonio, 2002; Springer et al., 2003) but techniques to evaluate and valuate specific services relevant to climate change are relatively novel (Lavery et al., 2010; Roman and McCarthy, 2010; Ratnarajah et al., 2016; Chami et al., 2020). Whilst there are a number of different methods with which to valuate ecosystem services, the Common International Classification of Ecosystem Services (CICES) is the most currently accepted for cetaceans (Haines-Young and Potschin, 2018). Using this framework, Cook et al. (2020) state that cetacean ecosystem services fall into the following categories:

	Provisioning:            

 o Food products (meat, blubber, skin, and intestines).            

 o Whale bones, teeth, and baleen.            

 o Oil-based products derived from blubber.

	Regulation and maintenance:            

 o Enhanced biodiversity and evolutionary potential.            

 o Climate regulation through carbon sequestration.

	Cultural:            

 o Tourism (whale watching).            

 o Music and arts (entertainment).            

 o Religious and/or sacred.            

 o Educational.            

 o Aesthetics.            

 o Community cohesiveness and cultural identity.            

 o Existence.            

 o Bequest.



Whilst provisioning and cultural values are key components of cetacean ecosystem valuation, this paper focuses on cetacean regulation and maintenance ecosystem services for their relevance to climate change mitigation.



1.3 Cetacean Regulation and Maintenance Ecosystem Services

In CICES, Cook et al. 2020b) state the valuation methods appropriate for subsets of the regulation and maintenance category:

	Climate regulation (carbon sequestration) – marginal abatement/damage costs.

	Enhanced biodiversity and ecosystem potential – production function or contingent valuation.

	Enhanced primary production – production function or contingent valuation.



These methods evaluate fluxes of marine carbon either as stocks or through facilitating primary production and carbon fixation through photosynthesis. Cetaceans can influence stocks of carbon in living biomass, in ‘whale-falls’, and by facilitating the cycling and mixing of nutrients essential for phytoplankton growth. Valuation of cetacean ecosystem services is then based on carbon market values. Most values provided in research are purely theoretical with no market value, such as the $2 million whale (Chami et al., 2020), as there are limited pathways for cetacean ecosystem services to be included in markets. Given sufficiently robust data, however, cetacean derived carbon could meet the criteria of Standard Setting Organisations (SSOs) for blue carbon accreditation. There are five criteria for SSOs to blue carbon accreditation; baseline, additionality, leakage, permanence, and co-benefits (Ullman et al., 2013).

Climate regulation has been valuated as carbon storage in living biomass (Chami et al., 2020). Large whales can weigh between 30 tonnes to 160 tonnes (Lockyer, 1976), and a 40 tonne grey whale contains roughly 2 t C (tonnes of carbon) (Smith and Baco, 2003). If anthropogenic protection restores cetacean populations, and their stocks of carbon in living biomass, this can reduce the concentration of atmospheric carbon and mitigate climate change. The increase in carbon stocks in cetacean living biomass could be accredited as carbon sequestered and removed from the atmosphere.

Climate regulation has also been evaluated as carbon sequestration through ‘whale-falls’ (Pershing et al., 2010). A grey whale carcass containing roughly 2 t C can provide an equivalent input to benthic habitats of ~2000 years of organic carbon compared to baseline activity (Smith and Baco, 2003). Soft tissues, however, are recycled over approximately 2 years back into trophic chains, shallow waters, and microbial loops (Higgs et al., 2011). Therefore, unless the carcass is transported to waters deeper than 1000m, this carbon will not be considered sequestered; only the skeleton is likely to remain on the benthos for over 100 years (Schuller et al., 2004). If benthic habitats are protected from disturbance, cetacean whale-fall carbon could be sequestered. Restoration of cetacean populations can therefore increase carbon sequestration through whale-falls, reduce atmospheric carbon, and mitigate climate change. The increase of this carbon export to benthic habitats could be accredited, given robust abundance and distribution data, as a probability of mortality and sinking of whale carcasses over protected benthic habitats. This could be as a portion of the entire carcass in waters greater than 1000m, or just the skeletal carbon in depths less than 1000m.

Enhanced biodiversity, evolutionary potential, and primary productivity has been evaluated together as nutrient cycling driving phytoplankton growth and carbon capture (Lavery et al., 2013; Ratnarajah et al., 2014; Ratnarajah et al., 2016; Ratnarajah et al., 2018). Cetacean feeding and excretion facilitates nitrogen retention in the photic zone which supports phytoplankton growth. This vertical cycling of nutrients is known as the ‘whale-pump’ and been noted to enhance NPP in the Gulf of Maine (Roman and McCarthy, 2010). The Gulf of Maine has an average NPP of 290 g C m-2 yr-1 (Townsend, 1998) and primary productivity enhancement from cetacean driven nutrient cycling may recycle 196,000 t N (tonnes of nitrogen) annually (Roman and McCarthy, 2010). Lateral movement of nutrients, notably nitrogen, from high latitude feeding grounds to low latitude calving areas also facilitates phytoplankton growth; this is known as the ‘whale conveyor’ (Roman et al., 2014). Cetaceans may therefore also provide ecosystem services for enhanced biodiversity, evolutionary potential, and primary productivity through the removal and transport of excess nutrients from coastal to offshore waters using valuations for nitrogen and phosphorus removal (Watson et al., 2020).

The whale-pump, cycling iron, has been shown to be self-sustaining in the iron depleted waters of the Southern Ocean. In this environment, cetacean driven nutrient cycling creates a positive feedback loop that increases both phytoplankton and cetacean biomass due to differences in cetacean and planktonic faecal dispersion; planktonic faeces sink into deeper waters and/or the benthos whilst cetacean faeces persist in the photic zone (Lavery et al., 2010). Cetacean nutrient cycling of iron allows a greater amount of carbon to be fixed through phytoplankton growth than is released through cetacean consumption and respiration (Lavery et al., 2014; Ratnarajah et al., 2014; Ratnarajah et al., 2016; Ratnarajah et al., 2018). In the North Sea, nitrogen availability may limit NPP (Zhao et al., 2019) and cetacean driven nutrient cycling might increase nitrogen availability and NPP. The marginal increase in NPP, and carbon fixation, with greater cetacean populations could be accredited as carbon removed from the atmosphere.



1.4 Scope of Research

The scope of this research is matched to data from the Joint Cetacean Protocol (JCP) (Paxton et al., 2016) used by the Joint Nature Conservation Committee (JNCC) in ‘Management Units for cetaceans in UK waters’ (IAMMWG, 2015). This is the most comprehensive dataset of cetacean abundance and distribution in Europe and the result of larger SCANS (Small Cetaceans in European Atlantic waters and the North Sea) surveys (Hammond, 2006; Hammond et al., 2009; Hammond et al., 2018). Within the survey area, JCP data include abundance and distribution estimates for harbour porpoise (Phocoena phocoena), Atlantic white-sided dolphin (Lagenorhynchus acutus), short-beaked common dolphin (Delphinus delphis), white-beaked dolphin (Lagenorhynchus albirostris), bottlenose dolphin (Tursiops truncates), and minke whale (Balaenoptera acutorostrata). Average mass values and total population estimates for the survey area are detailed in Table 1. The survey area is shown in Figure 1.


Table 1 | JCP population sizes and average mass values.






Figure 1 | Survey area.



The survey area includes both the North Sea, Skagerrak, and the Celtic sea; it encompasses a total area of 1.09 million km2 (Paxton et al., 2016). Whilst the survey area overlaps with the territorial waters of France, Belgium, the Netherlands, Germany, Denmark, Sweden, and Norway, it’s predominantly relevant to UK and Ireland waters. Provisioning as a cetacean ecosystem service is closely tied to localised cultural values and practices (Donovan, 1982; Simmonds et al., 2002; Kenny et al., 2018) and there is no consumption of whales for food in the UK and Ireland. With regards to other provisioning uses, they are of limited use in a modern context and/or replaced with other, and cheaper, alternatives (Cook et al., 2020b). Cetacean cultural values have been much studied (Cook et al., 2020b; Malinauskaite et al., 2021a) but there are limited data relevant to the UK or Ireland (Parsons et al., 2003; O’Connor et al., 2009a). As such, this study focuses on cetacean regulation and maintenance ecosystem services for their relevance to climate change, and reviews evaluative and valuative methods through application to JCP abundance and distribution estimates.

The CICES regulation and maintenance category is evaluated and tentatively valuated based on cetacean derived carbon through:

	Stocks in cetacean living biomass.

	Cetacean driven nutrient cycling enhancing PP.

	Cetacean driven nutrient cycling enhancing NPP.



This paper does not attempt to evaluate or valuate whale-falls as there are no depths exceeding 1000m in the study area, see Figure 2. Therefore, only skeletal carbon could be considered sequestered in the study area. Unfortunately, whilst there is literature on cetacean skeletal compositions (Tont et al., 1977; Lees and Escoubes, 1987; Higgs et al., 2011), there is no clear detailing of cetacean skeletal carbon content. There are therefore insufficient data on carbon content of cetacean skeletons to infer any meaningful analysis. Additionally, whilst there are protected areas within the survey area, it is unclear on the level of benthic protection they offer (Dunckley and Solandt, 2021).




Figure 2 | Survey area, protected areas, and >1000m depth bathymetry.



This paper does not attempt to valuate cetacean ecosystem services through removal of nitrogen from near coastal waters. Whilst this may form an important part of cetacean regulation and maintenance ecosystem services, the JCP data don’t detail cetacean abundance and distribution at a sufficient resolution to accurately detail their impact on near coastal nutrient cycling and nutrient removal.

Benefits to fisheries due to cetacean driven nutrient cycling increasing NPP are also not valuated in this study as by Chami et al. (2020). There are insufficient data to support analysis of correlations between fisheries value due to cetacean driven nutrient cycling and cetacean abundance and distribution. In this study potential benefits to fisheries from cetacean driven nutrient cycling on NPP are determined to already be incorporated into fisheries value, even if they are not, as yet, quantified.

This paper is framed with the following research questions:

	What are the current stocks, and potential value, of carbon in cetacean living biomass in the survey area?

	What are the estimates, and potential value, of cetacean driven nutrient cycling enhancing PP?

	What are the estimates, and potential value, of cetacean driven nutrient cycling, including cetacean consumption and respiratory requirements, enhancing NPP ?

	What is needed to translate these potential values into market values?

	Can these estimates, and potential values, be used to inform MSP processes?




1.4.1 Survey Area Carbon and Nitrogen Stocks and Fluxes

To give context to the cetacean regulation and maintenance ecosystem services in determining marine carbon stocks and fluxes, estimates for ecosystem services in the survey area are provided here for reference. Whilst the survey area used in this study encompasses a total area of 1.09 million km2 (Paxton et al., 2016), there are limited data that use these same parameters. As such, average measurements for other areas, within the survey area, are extrapolated to the whole survey area used in this study:

	1.82 Mt C (million tonnes of carbon) of fish biomass in the survey area, extrapolated from an average 1.67 g C m-2 in fish biomass. This was calculated from 10 Mt of fish biomass in a 750,000 km2 area of the North Sea and Skagerrak (Walday and Kroglund, 2008), and an average 12.5% carbon in fish biomass (Mariani et al., 2020).

	2.18 Mt C of benthic biomass in the survey area. This was calculated from average North Sea benthos of 2 g C m-2 (Barrio Froján et al., 2012; Zhang et al., 2019).

	An average 315,000 t N yr-1 of total terrigenous inputs to the survey area. This was calculated from terrigenous North Sea nitrogen inputs of 150,000 t N yr-1 to 230,000 t N yr-1 and Celtic Sea terrigenous inputs of 100,000 t N yr-1 to 150,000 t N yr-1 (Painting et al., 2018).

	255.06 Mt C yr-1 of NPP, extrapolated from average North Sea NPP of 234 g C m-2 yr-1 (Capuzzo et al., 2018).

	An average 10.45 Mt C yr-1 of NPP due to physical tidal mixing in the survey area, extrapolated from North Sea values which range from -40 g C m-2 yr-1 to +60 g C m-2 yr-1 (Zhao et al., 2019).







2 Methods

This section describes the evaluative and valuative methods used for cetacean ecosystem services through:

	Carbon stocks in cetacean living biomass.

	Cetacean driven nutrient cycling removing nitrogen.

	Cetacean driven nutrient cycling enhancing PP.

	Cetacean driven nutrient cycling enhancing NPP.




2.1 Cetacean Average Mass Values

Cetacean average mass values are used to calculate carbon storage through living biomass and for nutrient cycling potential based on daily energy requirements and daily rations. Values are used in line with other literature (Barlow et al., 2008; Pershing et al., 2010), and extrapolated from the population age distribution model used by Lavery et al. (2014) where these data are not available.

Data extrapolated from Lavery et al. (2014) are based on average mass of population subsets and the proportional structure of those subsets within the population. Demographic parameters of cetacean populations can be found in other literature (Pershing et al., 2010), but only Lavery et al. (2014) and Mackintosh and Wheeler (1929) provide mass data for proportional subsets of cetacean populations; Lavery et al. (2014) model their population structure on the model used by Mackintosh and Wheeler (1929). These values are also used due to the absence of more relevant data for cetaceans included in this study and survey area. To derive average mass values, the mass and proportions of each population subset in a stable population were averaged. A conversion factor to adjust adult female mass2 to average population mass value, to match data in Lavery et al. (2014), was then calculated. The conversion factor was calculated as 0.7241 to adjust the blue whale adult female mass of 120,000kg to the average blue whale population mass of 86,900kg. Adult mass values are taken from those most relevant to the UK where available (WDG, 2021a; WDG, 2021b) then rounded down to the nearest ten for simplicity. This gives values similar to average mass for species detailed in current literature (Barlow et al., 2008; Pershing et al., 2010). Bottlenose dolphin populations are known to differ in size between coastal and offshore populations but are treated here as one uniform population to standardise it to JCP cetacean distribution and abundance data (Paxton et al., 2016).

Average mass values of cetacean species, and their population size distributed across the study area are detailed in Table 1.



2.2 Carbon Stocks in Cetacean Living Biomass

Wet weight biomass is first converted to dry weight biomass. Dry weight biomass is taken to be 40% of wet weight (Jelmert and Oppen-Berntsen, 1996; Pershing et al., 2010) and further comprised of:

	20% protein, with a carbon content of 54%.

	20% fat, with a carbon content of 77%.



Stocks of carbon in living biomass are evaluated as:

	

	

	

Stocks of carbon were summed to give population totals per species, in addition to a cumulative value for all cetacean species included in this study. Stocks of carbon in living biomass were mapped to JCP distribution and abundance data to highlight spatial variability.



2.3 Cetacean Driven Nutrient Cycling Enhancing Primary Productivity

This is evaluated as the amount of nitrogen recycled through cetacean feeding and excretion. This is calculated based on cetacean average mass values, dietary requirements, nitrogen content within prey, and the ratio of retained nitrogen. From this, the increased potential carbon fixation due to phytoplankton growth that may occur from the replenishment of recycled nitrogen is evaluated.


2.3.1 Dietary Requirements

There are a number of ways to calculate dietary requirements, often referred to as annual consumption of wet weight (Lockyer, 1981; Trites and Pauly, 1998; Reilly et al., 2004; Barlow et al., 2008; Lavery et al., 2014). Models either estimate the average daily ration directly (kg of wet weight) or calculate them from estimates of Average Daily Metabolic Requirements (ADMR in kJ d-1) (Barlow et al., 2008). ADMR is often modelled from Basal Metabolic Rate (BMR in kJ d-1) and cetaceans, as homeotherms, have a BMR related to their average mass using the Kleiber function (Kleiber, 1975):

	

	M – average mass.

	A – A value.

	B – B value.



The Kleiber function uses A and B values of 293.1 and 0.75 respectively. Other studies, however, may adjust these values to be more specific to marine mammals and/or to adjust from metabolic requirement values taken from animals in captivity; this may be referred to as the Field Metabolic Rate (FMR in kJ d-1) (Barlow et al., 2008). Various values for A and B used in literature include:

	A = 0.1, B = 0.8 (Trites and Pauly, 1998).

	A = 0.42, B = 0.67 (Lavery et al., 2014).

	A = 1.66, B = 0.556 (Reilly et al., 2004).

	A = 70.5, B = 0.7325 (Lockyer, 1981).

	A = 80, B = 1 (Blix and Folkow, 1995).

	A = 863.6, B = 0.783 (Sigurjónsson and Víkingsson, 1997).

	A = 2529.2, B = 0.524 (Boyd, 2002).



Other models use the standard A and B values as used in the Kleiber function, 293.1 and 0.75, then adjust the total BMR by 2.5 or 3 times; these models are known as 2.5BMR and 3BMR respectively. The 3BMR using the Kleiber function (Kleiber, 1975) was used in this study. This is believed to be the most accurate (Barlow et al., 2008; Roman and McCarthy, 2010) and provides values in a mid-range of the other models using alternate adjustment factors (Kenney et al., 1997; Costa and Williams, 1999; Hooker et al., 2002; Laidre et al., 2004; Croll et al., 2007) and A and B values (Trites and Pauly, 1998; Reilly et al., 2004; Lavery et al., 2014). This method also aligns with existing research on nitrogen cycling from cetacean ecosystem services (Roman and McCarthy, 2010).

3BMR is then the daily ration adjusted to provide an ADMR/FMR:

	

The ADMR/FMR was then divided by the energy provided in kJ per kg of prey (Leaper and Lavigne, 2007; Barlow et al., 2008). This converts the ADMR/FMR into a daily required wet weight of food; energy content of prey is generally accepted as 5450 kJ kg-1 for fish and squid and 3900 kJ kg-1 for crustacea. Given data constraints, with no further data on nitrogen composition of cetacean prey, it is assumed that cetacean diets are composed solely of zooplankton, squid, and/or fish. An additional assimilation efficiency of 80% was used to account for energetic losses in consumption (Leaper and Lavigne, 2007; Barlow et al., 2008). Annual consumption of wet weight (Q) was calculated as:

	

	dz – the proportion of dietary zooplankton.





2.3.2 Faecal Nitrogen Concentrations

To derive the faecal nitrogen concentrations, based on other literature (Roman and McCarthy, 2010), it is assumed that

	80% of ingested nitrogen is metabolised and excreted.

	Fish and crustaceans are approximately 15% protein, which is 17% nitrogen by weight.



All consumption is deemed to be compositionally similar between prey; fish and crustaceans. Faecal nitrogen was calculated as:

	

	

	Nd – the total annual amount of defecated nitrogen (dry weight) (kg yr-1).

	Q – the total annual prey consumption in wet weight (kg yr-1).

	0.8 – adjustment for metabolic efficiency.

	0.15 – the proportion of weight as protein.

	0.17 – the proportion of protein as nitrogen.



This calculates the replenishment of nitrogen from cetacean recycling that may be used to enhance primary productivity.



2.3.3 Carbon Fixation Evaluation

The dry weight of faecal nitrogen was then used to calculate the amount of carbon fixation:

	

	Cfixed – the carbon fixed by phytoplankton primary productivity generated by nutrient cycling (kg C ind-1 yr-1).

	Nd – the total annual amount of defecated nitrogen (dry weight) (kg N ind-1 yr-1).

	MN – the molecular mass of nitrogen equal to 14.0067 (g mol-1).

	MC – the molecular mass of carbon equal to 12.011 (g mol-1).

	r is the uptake ratios of C:N from available literature. The Redfield ratio states C:N:P ratios as 106:16:1 (Biddanda and Benner, 1997). This is equal to 6.625 (mol mol-1).



Fluxes of carbon from cetacean driven nutrient cycling driving Primary Productivity (PP) are evaluated as:

	

	

Carbon fluxes were summed and mapped to JCP distribution and abundance data as with carbon stocks in living biomass.




2.4 Cetacean Driven Nutrient Cycling Enhancing Net Primary Productivity

The Modified Surplus-Yield (MS-Y) model (Lavery et al., 2014) has been used to evaluate the differences in cetacean activity enhancing Primary Productivity (PP) against the Primary Productivity Requirements (PPR) of the cetaceans for consumption and respiration. This model was based on iron in the iron depleted waters of the Southern Ocean. In this study, we adapt that model from iron, to nitrogen, to create a Nitrogen Modified Surplus-Yield (N MS-Y) model. It is summarised as:

	

If N MS-Y is positive, it suggests cetacean driven nutrient cycling fixes more carbon through PP than they remove through nutritional requirements. If negative, it suggests cetaceans provide an ecosystem disservice and contribute to atmospheric carbon emissions. Negative values may, however, also highlight the transport and removal of nutrients, and/or highlight data gaps for cetacean driven nutrient cycling. The differences between carbon fixation and release are valuated based on carbon value.

PP is calculated using the same process detailed previously.


2.4.1 Annual Primary Productivity Requirements (PPR)

PPR was calculated from dietary requirements the same as for the PP. In conjunction with this, PPR is the sum of the total prey consumed by cetaceans at trophic levels, the carbon content of prey, and the trophic transfer efficiency between trophic levels (Pauly and Christensen, 1995; Trites and Pauly, 1998; Barlow et al., 2008).


2.4.1.1 Prey Proportions

The prey proportions of the species detailed in this study are taken from Pauly et al. (1998), as in Barlow et al. (2008), and adjusted where necessary for UK species3. They are detailed in Table 2.


Table 2 | Cetacean dietary prey proportions and trophic levels.



The eight prey categories are abbreviated as:

	BI – benthic invertebrates.

	LZ – large zooplankton.

	SS – small squid.

	LS – large squid.

	SP – small pelagic fish.

	MP – mesopelagic fish.

	MF – miscellaneous fish.

	HV – higher vertebrates.





2.4.1.2 Carbon Consumption

PPR was then calculated as the sum of all individual species’ PPR:

	

	PPRi – calculated for each species (i) (kg C yr-1).

	Qi – the total prey consumption in wet weight per species (kg yr-1).

	di,g – the proportion of prey (g) in the diet (d) of species (i).

	cg – the dry weight proportion of carbon (c) per wet weight of each prey group (g), equal to 0.11 (Pauly and Christensen, 1995; Barlow et al., 2008).

	Te – the trophic transfer efficiency, equal to 0.1 (Barlow et al., 2008).

	Lg – the trophic level of the prey category.






2.4.2 Nitrogen Modified Surplus Yield

The final calculation for the N MS-Y model is:

	

	N MS-Y – the difference in carbon fixation and consumption (kg C ind-1 yr-1).



Stocks of carbon from cetacean driven nutrient cycling driving PP against PPR are evaluated as:

	

	

Carbon fluxes were summed and mapped to JCP distribution and abundance data as with carbon stocks in living biomass and cetacean driven nutrient cycling enhancing PP.




2.5 Valuations of Cetacean Regulation and Maintenance Ecosystem Services

Cetacean regulation and maintenance ecosystem services are all tentatively valuated through their estimated impacts on carbon stocks. Carbon is converted to CO2 with a conversion factor of 11/3 (Chami et al., 2020). CO2 values are taken as for 2010 to match available data (Paxton et al., 2016); 2010 value was £13 tCO2e (DECC, 2011). They are then standardised to 2020 US$ in line with National Ecosystem Assessment (NEA) guidelines (UK NEA, 2014). 2010 conversion value from £ to $ was 1.55 (ofx.com, 2019). Inflation was accounted for over this period4 with a factor of 1.19 (Inflation Calculator, 2016). Values are applied to individuals per species, then summed for total population values, in addition to a combined total population value.

Living biomass carbon stocks per individual per species are valuated as:

	

	

	

	

Stocks of carbon from cetacean driven nutrient cycling driving PP per individual per species are valuated as:

	

	

Stocks of carbon from cetacean driven nutrient cycling in the N MS-Y model per individual per species are valuated as:

	

	




3 Results


3.1 Carbon Stocks in Cetacean Living Biomass

Carbon stocks in cetacean living biomass, and potential value, is detailed in Table 3 and shown in Figure 3.


Table 3 | Stocks and valuations of carbon in living biomass.






Figure 3 | Carbon stocks in cetacean living biomass.



Stocks of carbon in cetacean living biomass total 19,809 t C. This is dominated by minke whales, which account for 82% of all cetacean carbon stocks in living biomass in JCP data. Carbon stocks in cetacean living biomass are greatest to the west of Scotland and around the Outer Hebrides. Whilst being generally spread around the total distribution range, there are additional concentrations of cetacean carbon stocks to the east of England, around the Isle of Man, and to the west of Wales.



3.2 Cetacean Driven Nutrient Cycling Enhancing Primary Productivity

Carbon fluxes driven by cetacean nutrient cycling are detailed in Table 4 and shown in Figure 4. The potential value of carbon in these fluxes is detailed in Table 5.


Table 4 | Cetacean driven nitrogen fluxes.






Figure 4 | Cetacean driven PP carbon fluxes.




Table 5 | Cetacean driven primary productivity and valuations.



The total nitrogen taken up by cetaceans is equal to 60,745 t N yr-1. The total nitrogen recycled back into the environment is 48,596 t N yr-1. Converting this into potential benefits to PP, equates to a total of 276,075 t C yr-1 across the survey area. The minke whale population accounts for 65% of this estimate. Carbon fluxes are mostly concentrated around the Outer Hebrides, but other key areas can be found west of Wales, along the east coast of England, and to the north-east of the Shetland Islands.



3.3 Cetacean Driven Nutrient Cycling Enhancing Net Primary Productivity

Carbon fluxes driven by cetacean nutrient cycling are detailed separately for PP and PPR in Table 6. Carbon fluxes using the N MS-Y model are detailed, with their potential values, in Table 7. Carbon fluxes using the N MS-Y model are shown in Figure 5.


Table 6 | Cetacean driven primary productivity and primary productivity requirements.




Table 7 | Cetacean driven N MS-Y carbon fluxes and valuations.






Figure 5 | Cetacean driven N MS-Y carbon fluxes.



The N MS-Y models suggest that the cetaceans in this study cumulatively contribute to atmospheric emissions of 21 Mt C annually. The contributions of cetaceans in this model are relatively evenly spready between species, rather than dominated by one species. Whilst harbour porpoise populations bear the greatest influence on these values, owing to their large population, they have the lowest impact per individual. Key areas of activity are to the east of England, around the Outer Hebrides, and north-east of the Shetland Islands. They match the cumulative and more even distribution of value between all cetacean species distribution and abundance data.



3.4 Summary and Context of Results

Summary results for cetacean populations contributions to regulation and ecosystem services are detailed with wider ecological processes in Tables 8–10.


Table 8 | Summary of survey area carbon stocks.




Table 9 | Summary of survey area nitrogen fluxes.




Table 10 | Summary of survey area carbon fluxes.



Stocks of carbon in living biomass are minimal compared to other stocks of carbon in living biomass; there is estimated to be roughly 100 times as much carbon in stocks of fish (Walday and Kroglund, 2008) and another 100 times as much carbon in benthic biomass (Barrio Froján et al., 2012; Zhang et al., 2019).

Modelling of cetacean driven nutrient cycling suggests a modest impact on recycling nitrogen. In the survey area, cetaceans ingest just under 20% of the amount that is input into the marine environment from terrigenous sources annually (Painting et al., 2018). Cetaceans are estimated to recycle a total of just under 50,000 t N yr-1 and remove a total of just over 12,000 t N yr-1 from the marine environment in the survey area. These equate to 15% and 4% of annual terrigenous nitrogen inputs.

Modelling of cetacean driven nutrient cycling against consumption and respiration requirements suggest a more complex interaction of ecosystem services. Just considering PP, cetacean contributions are 0.11% of total NPP. The estimates of PPR dominate the N MS-Y equation, however, which cause both to have a negative and similar relative contribution with regards to NPP, roughly 8.5% of total NPP (Capuzzo et al., 2018). This suggests cetaceans have a negative effect on NPP, and using an average value for tidal mixing across the survey area (Zhao et al., 2019), suggests cetaceans impact NPP twice as much as tidal mixing.



3.5 Valuation of Cetacean Regulation and Maintenance Ecosystem Services

When valuated, carbon stocks in cetacean living biomass cumulatively sum up to just under $2 million. As they are standing stocks, assuming no change in population growth or mortality, they represent a potential value only. At most they represent a baseline for SSO accreditation. Cetaceans may account for a potential total value of $24 million per year of phytoplankton growth in the survey area. Minke whales contribute the greatest amount in this model, contributing $671 per whale per year to phytoplankton growth. If the N MS-Y model is valuated, however, they suggest cetaceans account for carbon emissions at a cost of just under $2 billion per year.



3.6 Data Uncertainty

There are significant areas of uncertainty in modelling and evaluative techniques used in this study. This uncertainty is compounded with each subsequent analysis and valuation.


3.6.1 Carbon Stocks in Cetacean Living Biomass

Average mass values for populations of cetacean species are used. Whilst these are guided by the most relevant research (Lavery et al., 2010) there is still uncertainty on how proportions of population subsets may impact these average mass calculations. All cetacean populations were assumed to be in a stable state, rather than a depleted state, as defined in (Lavery et al., 2010). It is unclear, however, on the status, and population structure, of the cetacean populations included in this study. Carbon content per mass unit is assumed to be a specific value and proportional between all species detailed. Cetacean species, however, are known to differ in body content; blubber may vary significantly between cetacean species (Pershing et al., 2010).



3.6.2 Cetacean Driven Nutrient Cycling Enhancing Primary Productivity

Cetacean driven impacts on nitrogen, and by extension PP, are underpinned by cetacean population average mass values (see section 3.6.1 Carbon stocks in cetacean living biomass). From this, dietary proportions of zooplankton are used to calculate metabolic rates and daily ration. Zooplankton only feature in the diet of minke whales in this study, and taken as an average 65% of their diet in line with other research (Barlow et al., 2008). Whilst this is an average value, there is uncertainty of spatial and seasonal variability with diet for all cetacean species. All cetacean species’ diets in the study are assumed to be composed solely of zooplankton, squid, and/or fish. Energy content for zooplankton is assumed to be a standard value, as is the energy content of squid and fish. There is also then uncertainty on spatial and temporal variability for dietary energy content. The PP calculation used in this study uses the 3BMR method, but as detailed in section 2.3.1 Dietary requirements, there are a large number of other potential values that could be used. It is unclear which might be the most applicable to the cetaceans in this study and/or the survey area.

Dietary requirements form the basis to calculate the amount of nitrogen ingested, stored, and cycled by cetacean feeding and excretion. This is assumed to be standard for all prey items and all cetacean species. Nitrogen removal is a key, and valuated, ecosystem service (Watson et al., 2020). Nitrogen removal is valued at £295 kg-1, and whilst this could have been included in this study, it is likely only to be applicable to near coastal waters where nitrogen is not limited, but rather in excess, due to terrigenous nitrogen inputs (Painting et al., 2018; Watson et al., 2020).

The estimates for cycled nitrogen are used to calculate how much carbon will be fixed through PP. Crucially at this stage, the model assumes nitrogen uptake by phytoplankton to be a standard value in line with Redfield ratios (Biddanda and Benner, 1997). Where this approach is used for cetacean regulation and maintenance ecosystem service modelling in the Southern Ocean (Lavery et al., 2010; Ratnarajah et al., 2016), uptake ratios specific for iron in an iron depleted environment are used; this dramatically influences the cetacean driven PP. The survey area is known to have nutrient limitations for NPP (Zhao et al., 2019). There are, however, no known values of uptake for nitrogen or phosphorus by phytoplankton when these nutrients are limited. Additionally, nutrient limitations have spatial and temporal variability in the survey area (Zhao et al., 2019); this variability is not captured in evaluations used in this study.

Finally, the evaluation of cetacean driven PP is adapted from the modified surplus yield (MS-Y) model used for baleen whales in the Southern Ocean. It is unclear how applicable it is to the survey area, the cetaceans in this study, and to non-baleen species. In the Southern Ocean models, iron concentrations from cetacean defecation are used. There are, however, no data for nitrogen, or phosphorus, concentrations from cetacean defecation. As such, a standard estimate of 80% ingested nitrogen is assumed to be metabolised and excreted (Roman and McCarthy, 2010); there is uncertainty on how accurate this is with regards to specific cetacean species, population subsets and their proportion within the population, and for spatial and seasonal variability. This is also the basis of the N MS-Y model.



3.6.3 Cetacean Driven Nutrient Cycling Enhancing Net Primary Productivity

The PPR, like the PP, is also estimated using average mass values, dietary zooplankton proportions, and 3BMR. From this, prey categories and proportions are used to estimate productivity requirements with an assumed standard dry weight of carbon per wet weight of prey group. Prey categories and proportions are taken from the most relevant research (Pauly and Christensen, 1995; Barlow et al., 2008) but it is again uncertain if these are applicable to the cetaceans in this study and for this survey area. The model uses trophic levels for each prey group, and also assumes a standard trophic transfer efficiency between each level. The dry weight of carbon per wet weight of prey group is also assumed to be a standard value. There is uncertainty on the robustness of this and whether there is spatial and temporal variability in these values, whether this model is applicable to the cetaceans in this study, and whether this model is applicable for the survey area used in this study.

The model then evaluates ‘enhanced primary production’ but does not seem to include a value for ‘enhanced biodiversity and ecosystem potential’ as in CICES (Cook et al., 2020b). There is currently no quantification methodology to quantify the latter. Any model of cetacean driven nutrient cycling impacting NPP is therefore lacking a key additional value to robustly estimate cetacean regulation and maintenance ecosystem services.



3.6.4 Joint Cetacean Protocol (JCP) Data

The evaluative techniques in this study are applied to the JCP cetacean abundance and distribution data (Paxton et al., 2016). JCP data use elements of predictive modelling; data used include day of year, year, depth, slope, and sea surface temperature (Paxton et al., 2016). The evaluations in this study are then mapped to the point density values provided by the JCP data. JCP data, however, also provide lower (2.5%) and upper (97.5%) confidence limits for cell densities. All evaluative techniques used in this study, then mapped to JCP data, are subject to the uncertainty inherent in the JCP data (Paxton et al., 2016).

Whilst the JCP data detail estimates of cetacean distribution and abundance, data detailing distribution of linked ecosystem processes are not available. There is spatial and temporal variability in cetacean activity, nutrient cycling from physical processes, nutrient limitations, and phytoplankton growth and uptake ratios of nutrients. Finally, the JCP data provide estimates of cetacean abundance and distribution for 2010. They are, therefore, slightly outdated and it is unclear how relevant this data is now. All these various factors compound key uncertainties in data, evaluative techniques, mapping, and potential valuation of cetacean regulation and maintenance ecosystem services.





4 Discussion

The results show large variability in both the evaluations, and potential valuations, of cetacean ecosystem services. The variability highlights the uncertainty inherent in the models as described in section 3.6 Data uncertainty. This section appraises the significance of the results, the potential accreditation process of valuations presented in this study with SSO criteria, and details future research that would best support future evaluation and valuation of cetacean regulation and maintenance ecosystem services.


4.1 Carbon Stocks in Cetacean Living Biomass

Carbon stocks in living biomass are of minor significance in comparison to other marine stocks of carbon in the survey area (Walday and Kroglund, 2008; Barrio Froján et al., 2012; Zhang et al., 2019). Whilst there are some species unaccounted for in JCP data with regards to abundance and distribution, such as Risso’s dolphin Grampus griseus, these are likely to have little impact on the stocks; the majority of cetacean species in the survey area are included in JCP data. The minke whale population dominates the carbon stocks in living biomass and account for 82% of carbon. However, since the calculations involve all cetacean species detailed in the JCP data, the distribution of this carbon highlights key areas of cetacean activity. These key areas are therefore likely to be on the west coast of Scotland, around the Outer Hebrides and Isle of Man, to the west of Wales, and off the east coast of England.

Whilst the stocks of cetacean carbon, in comparison to other marine stocks, are relatively minor, the valuation details a potential value of just under $2 million in the UK. This is largely driven by minke whales and, given their large size, it is expected that other large cetacean species would likely have significant value if mapped. This value assumes that removal of cetaceans wouldn’t result in greater biomass, and carbon stocks, in other species in the trophic chain. This is supported by research that indicates removal of large species can decrease total community biomass by 30% due to differences in relative metabolic efficiency between large and small organisms (Pershing et al., 2010). It is unclear, however, if this would be applicable in the survey area and to what degree cetaceans influence total community biomass.

It is important to note that this potential combined value of just under $2 million is not an annual ecosystem service value. It only represents the value of carbon stocks in UK cetacean populations for 2010, and at most represent baseline data if considered for SSO accreditation (Ullman et al., 2013). They are also only taken for 2010, therefore, inferences regarding population changes can’t be made. As such, these stocks of carbon would likely not meet the criterion of permanence with no other data to robustly support population stability or recovery. If additionality and permanence can be proved through policy and management this may lead to carbon accreditation. To prove these criteria, international coordination of cetacean protection and restoration would need to coincide with more large scale survey efforts such as SCANS (Hammond et al., 2018). This would provide a future series of robust data to complement the baseline values presented in this study. Any carbon valuated through this process would also need to meet other criteria of leakage and co-benefits (Ullman et al., 2013). Leakage is inherently difficult with mobile trans-national species. It is unclear how such a valuation might work across international boundaries, with different policy agendas, and to whom that value might be assigned if ownership of cetacean populations, and their protection, is uncertain. This study does not attempt to quantify the co-benefits of cetacean living biomass and their importance to ecologic and societal considerations but these are likely to be significant (Roman et al., 2014; Malinauskaite et al., 2021b). Cetacean based tourism alone was valued at $21.4 million in 2008 (O’Connor et al., 2009b); without considering growth and adjusting for inflation, this is 2020 US $73.5 million. Cetacean populations are likely to have more market applicable values through cultural values (Cook et al., 2020a; Malinauskaite et al., 2021a) than the potential values highlighted here for carbon stocks.



4.2 Carbon Stocks in Whale-Falls

Whale-falls are not evaluated in this study due to lack of data. This reflects uncertainty regarding the transport and sequestration of soft tissue carbon into deep waters in other potential blue carbon such as kelp (Krumhansl and Scheibling, 2012; Bayley et al., 2017). It is unclear whether this transport of carbon to the deep sea or benthos would meet the permanence criterion; isotopic, or eDNA, analysis to identify the carbon source might be required (Hopkinson, 2018).

There is a significant protected area just beyond the survey area to the west of the Outer Hebrides in waters deeper than 1000m, see Figure 2. As such, whale-falls in this area might provide significant sequestration of carbon if cetacean abundance and distribution can also be determined, see section 1.4 Scope of research.

Whale-falls incorporated into carbon accreditation are likely to be the most tangible of all potential values for cetacean derived carbon. There would, however, be uncertainty on where to set the baseline; the baseline might include existing protected areas. Additionality, permanence, and leakage could be met through the additional protection of skeletal carbon in protected areas. Alternatively, new protected areas might be based on cetacean distributions and likelihood of mortality. Co-benefits would likely be realised by protecting the wider ecosystem by protecting the benthos, and/or used to engage communities. A statistics approach to data, reliant on probabilities of cetacean-falls rather than verifiable data, would need to be accepted by SSOs. This, however, has already some pathways through tier assessment accreditation which recognises the data constraints that might otherwise impede blue carbon projects (Troxler et al., 2018). Additionally, there is advancement of probability-based data in carbon accreditation process with recommendations for a general 50% reduction in carbon seagrass quantification rather than identification of the carbon source. This simplifies and reduces costs inherent in autochthonous and allochthonous carbon analysis (Kennedy et al., 2010).



4.3 Cetacean Driven Removal of Excess Nutrients From Coastal Waters

Cycling of nutrients is a key component of ecosystem function (Townsend, 1998; Zhao et al., 2019) and cetacean contributions to nutrient cycling have been evaluated (Roman and McCarthy, 2010) and valuated (Chami et al., 2020). This study shows that UK cetaceans recycle more than twice the amount of nitrogen than in the Gulf of Maine (Townsend, 1998; Roman and McCarthy, 2010). This is arguably a more pronounced enhancement than in the Gulf of Maine as the average PP is lower in the North Sea. In the survey area, cetaceans recycle 48,000 t N yr-1 in waters with an average PP of 234g c m-2 yr-1 (Capuzzo et al., 2018) whilst in the Gulf of Maine cetaceans recycle 19,600 t N yr-1 (Roman and McCarthy, 2010) in waters with an average PP of 290g C m-2 yr-1 (Townsend, 1998).

In coastal areas this could assist in removal of excess nutrients and has been valuated as an ecosystem service in other contexts (Watson et al., 2020). It is unclear, however, on the appropriate value that could be assigned to this process. A price of £295 kg-1 has been used for nitrogen removal (Watson et al., 2020) but this has been for sessile habitats where there is less uncertainty due to spatial and temporal variability from cetacean mobility. It is also uncertain how this value could be integrated into markets. If applied to data used in this study, estimating ingestion of 60,745 t N yr-1, this would equate to just under $23 billion5 yr-1 using 2020 £ to $ conversion values (ofx.com, 2019). Currently, however, this represents a value outside market mechanisms and requires more supporting data.

The evaluation and valuation of this ecosystem service was not investigated further or detailed in this study as there is currently too much uncertainty for which subset of the JCP data it could be mapped. If cetacean nutrient cycling of nitrogen is used to generate PP, it is unclear if cetacean nutrient cycling could also be used to valuate removal of nitrogen. In addition to nitrogen, there is also cycling of phosphorus which can also be valuated (Watson et al., 2020) and which is also a limiting factor for PP in the survey area (Zhao et al., 2019). There is uncertainty on where to separate the subsets of data if one subset (close to shore) is valuated for nitrogen removal and the other subset (farther offshore) is valuated for nitrogen cycling. An arbitrary distance from a shoreline could be used or it could be combined with spatial data on inputs of terrigenous nitrogen (Painting et al., 2018), and spatial data of nitrogen limited waters (Zhao et al., 2019), to detail which portions of cetacean populations are valuated for which ecosystem service. Alternatively, due to cetacean mobility, the whole population could be valuated for both services with transport of nitrogen from the coast to offshore waters to then enhance offshore PP. It is also unclear on which aspects of the nitrogen cycling should be valuated; valuation could be applied to nitrogen ingestion, nitrogen retention, and/or nitrogen cycling and transport. Nitrogen retention would apply to 20% of nitrogen ingested, whilst nitrogen cycling and transport could be applied to either 80% or 100% of the estimated nitrogen ingested.

When compared against terrigenous nitrogen inputs into the survey area (Painting et al., 2018), cetaceans will recycle or transport, at most, 20% of this input using the models in this study. There must therefore be key elements of nitrogen cycling in the survey area which are currently unaccounted. These elements could include uptake and cycling by other biota, such as fish and benthos which have a much larger biomass than cetaceans in the survey area (Walday and Kroglund, 2008; Barrio Froján et al., 2012; Zhang et al., 2019). They might also include physical processes (Zhao et al., 2019) and/or other aspects of biological pumps, calcium carbonate pumps, or microbial pumps driving nutrient fluxes (see section 1 Introduction).



4.4 Cetacean Driven Nutrient Cycling Enhancing Primary Productivity

Extrapolating cetacean driven nutrient cycling to then calculate potential carbon fixation through PP allows for this process to also be valuated through carbon. This study used the Redfield ratios of nutrients in phytoplankton due to lack of data on uptake rates specific to nutrient limitations in the environment. Compared to other nutrient cycling processes, cetacean driving nutrient cycling enhancing PP is of minor value. This study calculates that cetaceans enhance PP by 0.28 Mt C yr-1 which is just 2.64% of carbon fixed due to the average value of tidal mixing at 10.45 Mt C yr-1 (Zhao et al., 2019). Compared to total NPP in the survey area, extrapolated to be 255.06 Mt C yr-1 (Capuzzo et al., 2018), cetacean driven nutrient cycling contributes just 0.11%.

Cetacean driven contributions to PP are mostly concentrated around the Outer Hebrides but other key areas can be found west of Wales, along the east coast of England, and to the north-east of the Shetland Islands. These areas are somewhat aligned with existing protection, but this analysis suggests additional protection should be focused here with an increase of areal extent and in protective measures. These values also partially align with spatial distributions of nitrogen limited waters in the North Sea (Capuzzo et al., 2018; Zhao et al., 2019). It is unclear if this also holds true to the west of Scotland, where cetacean driven PP is most concentrated; there is limited data on spatial limitations of nutrients for the survey area outside the North Sea.

Valuating carbon fixation and applying them to JCP cetacean abundance and distribution data suggests the carbon cycled through this ecosystem service is worth $24 million per year in the survey area. It is, however, unlikely these values could be accredited through SSOs. Data would need to robustly show the importance of this nutrient recycling to primary productivity. Whilst there are data that highlight the importance of cetaceans for ecosystem function through regulation and maintenance (Apollonio, 2002; Springer et al., 2003; Reisewitz et al., 2006; Springer et al., 2008; Pershing et al., 2010; Wilmers et al., 2012; Roman et al., 2014), the contributions of this process are difficult to quantify. Furthermore, ecosystem complexity, environmental factors, and regional differences may preclude extrapolation of data to other areas. If robust data can be produced, they may only have value if additionality, permanence, non-leakage, and co-benefits criteria are met. These are the same barriers to accreditation as with cetacean living biomass carbon. If cetacean driven PP is viewed in conjunction with valuation of carbon stocks in living biomass, it is unclear whether this would be viewed as ‘double-counting’ or the result of positive feedback; increased cetacean populations, with larger carbon stocks, would have a greater impact on PP, which would cycle back to allow greater cetacean population growth.



4.5 Cetacean Driven Nutrient Cycling Enhancing Net Primary Productivity

Scientific robustness requires that cetacean driven nutrient cycling enhancing PP also needs to be balanced against the PPR of cetaceans. This has been calculated for cetaceans in the Southern Ocean, with recycled iron, and modelling of nutrient recycling is positive and self-sustaining. In the original research, this has only been evaluated with regards to carbon fluxes (Lavery et al., 2010; Roman and McCarthy, 2010; Lavery et al., 2014; Ratnarajah et al., 2018). Extrapolations of this research have, however, been valuated to attach monetary values to these processes (Chami et al., 2020).

The N MS-Y model indicates a negative contribution from cetaceans on NPP of -21.90 Mt C yr-1 in the survey area. Relative to other processes impacting NPP, this is roughly twice the average value of tidal mixing at 10.45 Mt C yr-1 (Zhao et al., 2019). Relative to total NPP of 255.06 Mt C yr-1 (Capuzzo et al., 2018), this would account for 8.5% in the survey area. Compared to the much larger stocks of carbon in other forms of biomass (Walday and Kroglund, 2008; Barrio Froján et al., 2012; Zhang et al., 2019) in the survey area, cetaceans may have a limited impact on NPP.

Whilst the individual contributions are dominated by minke whales again, the total value is more evenly spread between the cetacean species included. The individual contributions from minke whales are offset by the much larger abundances of other species. The largest values come from the harbour porpoise population, though their individual contributions are the smallest. The N MS-Y model shows hotspots of activity similar to that of PP, around the Outer Hebrides, the east of England, and the north-east of the Shetland Islands.

When valuated, the model suggests that UK cetacean populations provide an ecosystem disservice of just under $2 billion per year. Valuations of cetacean ecosystem disservices, however, are unlikely to gain accreditation due to excessive uncertainty. Even if policy pathways become available (Herr and Landis,  2016), accreditation processes would have the same obstacles as for living biomass and nutrient cycling driving primary productivity. If values for carbon stocks in living biomass, cetacean driven PP, and N MS-Y are contradictory, they highlight greater uncertainty in the evaluative methods which will need to be addressed before any carbon could be accredited. There is a significant body of research which highlights the importance of cetaceans in ecosystem function through regulation and maintenance ecosystem services (Apollonio, 2002; Springer et al., 2003; Reisewitz et al., 2006; Springer et al., 2008; Pershing et al., 2010; Wilmers et al., 2012; Roman et al., 2014). As such, the N MS-Y model here is deemed to be inaccurate and missing key data, see section 3.6.3 Cetacean driven nutrient cycling driving phytoplankton growth and carbon capture against cetacean consumption and respiration.

There are a number of points to consider when reviewing the N MS-Y model results. Since the North Sea, and other waters included in the survey area, are not iron deficient, recycled nitrogen was used as the basis of the analysis. Nitrogen, and phosphorus, limit phytoplankton growth in the North Sea (Zhao et al., 2019). Integrating the specific spatial distributions of these limitations, however, was beyond the scope of this research. The Southern Ocean also used environment specific uptake rates for iron but such data are not available for nitrogen, or phosphorus, in the survey area detailed in this study. Without these data, the N MS-Y model uses the Redfield ratios, and likely significantly underestimates cetacean driven nutrient cycling on PP. Other data constraints increase uncertainty in the evaluation.

Under CICES, the regulation and maintenance category has been evaluated as enhanced biodiversity, evolutionary potential, and primary productivity together. We find, however, that only primary productivity has been evaluated with enhanced biodiversity and evolutionary potential lacking any established methods of quantification. Where cetaceans have been removed from ecosystems, there is evidence of reduced productivity, biodiversity, and ecosystem function (Apollonio, 2002; Springer et al., 2003; Reisewitz et al., 2006; Springer et al., 2008; Pershing et al., 2010; Wilmers et al., 2012; Roman et al., 2014) but it is difficult to extrapolate these data to other environments due to site specific differences. This research suggests that negative values presented in the MS-Y modelling do not accurately detail cetacean ecosystem disservices. It is unclear, however, if negative values derived in MS-Y modelling are due to wider ecosystem effects and transfer of nutrients beyond the survey area, i.e. the whale conveyor, or if values fail to account for enhanced biodiversity and ecosystem potential. They may also be the result of failing to account for inputs and recycling of other key nutrients, such as phosphorus, which may act cumulatively to impact primary productivity (Ho et al., 2003; Stubbins, 2016).

There is too much uncertainty in the modelling to accurately quantify carbon fixation for the purposes of valuation or SSO accreditation. Research should focus on reducing quantification uncertainty in these ecosystem services to facilitate their valuation, conservation, and benefits from an eco-social economics perspective (Cisneros-Montemayor et al., 2019). This paper does not support any conclusions based off the N MS-Y values presented here or state that removal of cetaceans would increase ecosystem function in the survey area.



4.6 Future Research

This study presents a complex model composed of different evaluative processes. As such, there are areas where future research could focus to more accurately detail cetacean regulation and maintenance ecosystem services specific to each evaluation.


4.6.1 Carbon Stocks in Cetacean Living Biomass

Population structures of cetaceans included in the JCP data would better inform average mass values. The growth, or decline, of populations would be needed to prove ‘additionality’ as an SSO criterion and could also be used to characterise ‘stable’ or ‘depleted’ population structures (Lavery et al., 2010). Carbon content per mass unit could also be detailed for specific species, in addition to the population subsets of species. This would also help inform carbon sequestration through ‘whale-falls’ by better informing sinking rates (Pershing et al., 2010) and skeletal carbon content. Future research could further investigate species specific sinking rates (Pershing et al., 2010), spatial mortality of migratory species, benthic protective status from trawl data (Dunckley and Solandt, 2021), and cetacean skeletal carbon composition (Nishiwaki, 1950). Bycatch might also be incorporated into future valuations to better understand carbon fluxes through whale-falls. If carbon stocks in living biomass are able to be accredited, values applied to cetaceans could then also be used to support sustainable fishing practices; cetacean by-catch would have an associated cost or fine.



4.6.2 Cetacean Driven Nutrient Cycling Enhancing Primary Productivity

Whilst there are data on dietary prey compositions of cetaceans (Barlow et al., 2008), they are taken from the west coast of north America; it is unclear how relevant they are to cetacean populations in the survey area. Dietary composition of cetaceans relevant to Europe would better inform ecosystem service modelling. If spatial and temporal variability in cetacean diet could also be detailed this could provide more insight into PP and PPR calculations. A better understanding of the specifics of energy content in diet would also ensure the estimates of cetacean metabolic rates are more robust. This could also be used to better inform research as to which values for metabolic rates in the Kleiber function (Kleiber, 1975) are the most relevant for the survey area.

More robust dietary requirements would provide insight into cetacean driven nutrient cycling. Future research could then focus on spatial and temporal variability of nitrogen removal from near shore coastal areas (Painting et al., 2018). Given the high value associated with this ecosystem service, £295/kg (Watson et al., 2020), this is suggested as a priority even if it is unclear on how this value might be brought into markets. Research could focus on near shore cetacean activity, the transport of nutrients offshore through the ‘whale-conveyor’ (Roman et al., 2014), cetacean faecal nutrient concentrations, spatial and temporal variability in nutrients (Painting et al., 2018), spatial and temporal variability in nutrient limitations (Zhao et al., 2019), and the importance of these nutrients in regard to limiting factors for PP (Capuzzo et al., 2018; Zhao et al., 2019). In addition to nitrogen, research into the cycling of phosphorus would provide additional values to cetacean regulation and maintenance ecosystem services (Painting et al., 2018; Zhao et al., 2019; Watson et al., 2020).

Focusing on the value of nutrient cycling to PP, uptake rates of environmentally limited nutrients, nitrogen and phosphorus, would be key to future evaluations and valuations. This study did not apply an uptake ratio for uptake of nitrogen by phytoplankton; it is argued in this study that this lack of data precludes any meaningful valuation of this ecosystem service in the survey area. Future research that details this factor with spatial and temporal nutrient limitations could underpin robust evaluations along with potential valuation and accreditation. Finally, previous research has focused on baleen whales (Lavery et al., 2010; Ratnarajah et al., 2016; Chami et al., 2019) and it is unclear how appropriate it is to apply this process to non-baleen species. Evaluations of these species were included to provide an overall picture of cetacean nutrient cycling and PP, but species-specific models, using species-specific data as detailed earlier in this section, would be more accurate.



4.6.3 Cetacean Driven Nutrient Cycling Enhancing Net Primary Productivity

Species specific prey categories, proportions, and dry weight of carbon per wet weight of prey group could be used to better estimate PPR. The trophic levels and transfer efficiency between each level might also be species specific, location specific, and exhibit spatial and temporal variability. Finally, there is as yet no way to evaluate ‘enhanced biodiversity and ecosystem potential’ as in CICES (Cook et al., 2020b). Research into this area, based off data that details their importance in ecosystem function (Apollonio, 2002; Springer et al., 2003; Reisewitz et al., 2006; Springer et al., 2008; Pershing et al., 2010; Wilmers et al., 2012; Roman et al., 2014), could provide a key value that could be integrated into other values of cetacean ecosystem services (Villa et al., 2002).



4.6.4 Net Primary Productivity and Fisheries Value

Data constraints precluded the analysis of correlations of fisheries value between PP, PPR, and N MS-Y values. Future research could test the relative strength of correlations between PP and PPR from MS-Y models. If PP more closely correlates to fisheries value than PPR, it could support evaluations of cetacean nutrient cycling as a positive benefit to ecosystem function.





5 Conclusions

This study provides evaluations of a number of cetacean regulation and maintenance ecosystem services. There are, however, large uncertainties in the evaluative processes due to data constraints and lack of evaluative methods for ‘enhanced biodiversity and ecosystem potential’. This uncertainty is compounded with subsequent valuations of these processes. We do not suggest that any valuations presented for nutrient cycling here are robust for accreditation, either as benefits or as costs. The N MS-Y model is a preliminary application of valuating cetacean nutrient cycling from which future research might build.

Outputs of this study can, however, be used to assist decision making processes and marine management by highlighting key areas of cetacean activity. These areas, for all aspects of cetacean regulation and maintenance ecosystem services, are concentrated by the Outer Hebrides in Scotland, along the east coast of England, and to the west of south Wales. These hotspots are mostly synced with protected areas but suggest that additional protection might be a consideration for the Outer Hebrides, west of south Wales, around the Isle of Man, to the east of England, and to the north-east of the Shetland Islands.

Whilst the values presented in this study are not considered sufficiently robust for accreditation, they may provide a basis of valuation from which future research can build. For SSO accreditation, values here might provide a baseline from which future research could detail additionality. These values also highlight key areas for future ecosystem service research, and may be used to support cetacean regulation and maintenance ecosystem service evaluation and valuation from a policy perspective. They might also be used to drive public interest in cetacean research, and supplement other valuations such as the $2 million whale (Chami et al., 2020). With more robust evaluative processes, they may be used in an integrated approach to ecosystem service valuation, which combine different values and areas of ecosystem services (Villa et al., 2002). Added values for carbon might be able to support community engagement and conservation agendas by highlighting their importance to climate change mitigation alongside societal and cultural values (Cisneros-Montemayor et al., 2019).
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Footnotes

1Dissolved carbon is generally defined as any matter that can pass through a 0.45 µm filter (Danielsson, 1982; Sillanpää et al., 2015).

2Adult female mass values were found to be the most readily available data for cetaceans (Barlow et al., 2008; Pershing et al., 2010; WDG, 2021a; WDG, 2021b).

3Atlantic white-sided dolphins are assumed to have the same dietary proportions as Pacific white-sided dolphins. White-beaked dolphin are assumed to have the same dietary proportions as common dolphin species.

4All future references to $ are as 2020 US$ standardised using the same method unless otherwise indicated.

5Billion in this paper refers to a thousand million, standardising it to US$.
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The protection, management and restoration of vegetated ecosystems on land and in the ocean (‘natural climate solutions’) can be a useful strategy for reducing net greenhouse gas emissions to help limit global warming. Their potential contribution to reducing net emissions has led to the development of policies and financial incentives for their protection and restoration. These have in turn created a set of expectations among some stakeholders, and interest in expanding these to encompass other ecosystems. However, there are specific rules about how abatement is calculated in international policy and climate finance, and the frameworks and terminology associated with them are often complex. This can be a barrier to stakeholders who want to leverage the potential of natural climate solutions, sometimes leading to incongruence between realised and anticipated benefits. In this article, we attempt to outline some of the key international policy and carbon market frameworks for coastal ‘blue carbon’ ecosystems, and the extent to which different ecosystems are accommodated. Currently, among the coastal ecosystems, only mangrove forests, seagrass meadows, and tidal marshes are typically considered in international policy and carbon market frameworks. The defining feature of these ecosystems is that the foundation species are plants that grow in sediment (soil). They are the only coastal ecosystems currently included in IPCC guidelines for national greenhouse gas inventories, and in compliance and voluntary carbon markets. There is interest in potentially including other marine ecosystems, such as kelp forests and unvegetated tidal flats, into carbon accounting frameworks, but there are unresolved questions about whether sequestration and storage of carbon by these ecosystems meets the rigorous standards required. Voluntary carbon markets have greater flexibility than mechanisms linked to national greenhouse gas inventories, and so might be early implementers of expanding methods to include other ecosystems. Incorporating coastal ecosystems into national greenhouse gas inventory is a useful action countries can take that will likely help generate incentives for protection and restoration of these important ecosystems.
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Natural Climate Solutions

Effective protection, management, and restoration of vegetated ecosystems on land and in the ocean can help reduce net emissions of greenhouse gases (GHGs) to limit global warming (Howard et al., 2017; Fuss et al., 2018). These ‘natural climate solutions’ (NCS: Griscom et al., 2017) are part of an increasing emphasis on nature-based solutions (NbS) to multiple global problems (Seddon et al., 2020). Estimates of the potential global contribution of NCS are large, amounting to gigatons (Gt) per year and contributing substantially to the net emissions reduction required by 2030 to have a high probability of staying below 1.5°C of warming (Griscom et al., 2017). (See Box 1 for a glossary with definitions of abbreviations and key terms used in this article.)

Harnessing natural ecosystems to achieve net emissions reductions can be achieved in two main ways. Firstly, emissions of naturally occurring GHG (carbon dioxide, methane, and nitrous oxide) occur when vegetated ecosystems are cleared or degraded, so protecting these ecosystems from such damage prevents those emissions. In the language of climate policy, this is referred to as avoided emissions (or avoided loss). In addition, restoring ecosystems — for example through revegetation — can lead to increased carbon sequestration (also called removal) because it can increase the mass of carbon stored in ‘sinks’ or ‘reservoirs’. In vegetated ecosystems these sinks are aboveground (branches, stems) and belowground biomass (roots and rhizomes), and soil (Hiraishi et al 2014). Restoring ecosystems can also help avoid GHG emissions that occur in some land use activities (IPCC, 2013; Kroeger et al., 2017; IPCC, 2019a). Improving the management of ecosystems that are used more intensively by humans, for example by improving forestry and farming practices, is another way of reducing net emissions (Cook-Patton et al., 2021). In some cases, this might include modifying landscapes through afforestation. The reduction of net emissions, either through reducing GHG emissions or increasing sequestration, is referred to as abatement (Box 1).


 BOX 1 | Glossary: list of key terms and abbreviations used in this article, in alphabetical order with definitions.

Avoidance: actions that prevent the release of greenhouse gases into the atmosphere

Abatement: in climate policy, the act of reducing net emissions (it is also used to refer to the quantity of net emissions reduction)

Additionality: a principle that requires that a net reduction in emissions happens only because of specific finance (like sale of carbon credits), and would not happen without it

AFOLU: Agriculture, Forestry and Other Land Use, used in the context of IPCC guidelines which refer to GHG emissions from these sectors

Emissions factor: in carbon accounting a value representing the average mass of emissions or removals of a GHG (in CO2-e: see Box 2) resulting from an activity

GHG: Greenhouse gas

IPCC: Intergovernmental Panel on Climate Change, an entity of the United Nations; it is not part of the UNFCCC, but was established by the United Nations Environment Programme (UNEP) and the World Meteorological Organization (WMO) four years before the UNFCCC

Leakage: An increase in net GHG emissions outside a project or jurisdiction that occurs because of activities within it

LULUCF: Land use, land-use change, and forestry, referring to emissions and removals of greenhouse gases resulting from direct human interventions in these systems

Mitigation: in climate policy, an intervention to reduce the magnitude and effects of climate change

NDC: Nationally Determined Contributions, reports submitted to the UNFCCC that outline a country’s commitments to reduce emissions and adapt to climate change

Net emissions: the sum of emissions minus sequestration

NbS: Nature-based solutions, actions that involve protecting, sustainably managing, or restoring ecosystems (natural or modified) to address societal challenges; NCS (see below) are NbS that are focussed primarily on climate change mitigation

NCS: Natural Climate Solutions, conservation, restoration, and/or improved land management actions that increase carbon storage or avoid GHG emissions in forests, wetlands, grasslands, or agricultural lands (Griscom et al., 2017)

Permanence: the risk that carbon stored or emissions avoided from a project activity will be released (back) into the atmosphere after a defined period

REDD+: Reducing emissions from deforestation and forest degradation, a framework created through the UNFCCC to guide activities that reduce emissions from deforestation and forest degradation, as well as the sustainable management of forests and the conservation and enhancement of forest carbon stocks in developing countries

Reservoir: a component of Earth’s climate system where a GHG or carbon is stored.

Sequestration: removal of carbon dioxide from the atmosphere into long-term reservoirs (in blue carbon ecosystems, long-lived plant biomass or soil); usage typically implies a temporal aspect which distinguishes it from stock (see below)

Stock: the amount of carbon in a reservoir (see above)

UNFCCC: United Nations Framework Convention on Climate Change, an international environmental treaty to combat “dangerous human interference with the climate system”, in part by stabilizing greenhouse gas concentrations in the atmosphere.



The potential contribution of vegetated ecosystems to reducing net GHG emissions has led to the development of policies and financial incentives for their protection and restoration. These in turn have led to a set of expectations among some stakeholders. The expectations vary among the diverse suite of stakeholders, and can include inflated expectations of financial benefits (e.g. Pascual et al., 2014; Rakotomahazo et al., 2019), and aspirations to expand policy and finance frameworks to encompass ecosystems that are not currently included. However, there is specific guidance on how abatement should be calculated — including by countries when they report their GHG emissions to the United Nations Framework Convention on Climate Change (UNFCCC) and in the way net emissions reductions are accounted for in carbon markets. This guidance is based on information about GHG emissions and removals in different land uses and ecosystems. The rules and terminology used in accounting for carbon in international policy frameworks and carbon markets are often complex and many of the stakeholders who want to leverage the potential of natural climate solutions to achieve specific aims are unfamiliar with them, which can lead to incongruence between anticipated and realised benefits.

Here, we outline some of the key international policy and finance frameworks for coastal ‘blue carbon’ ecosystems, and the extent to which different ecosystems are accommodated (Figure 1). Blue carbon ecosystems are receiving increasing attention for their disproportionately high abatement potential relative to the area they cover, as well as the other benefits that they provide (such as protection from floods and damaging waves, and habitat for a wide variety of species, including fish that are caught for food or recreation: Menéndez et al., 2020; Friess et al., 2021). As a result, they are increasingly being incorporated into international policy frameworks and financial instruments (McLeod et al., 2011; Windham-Myers et al., 2018). There are growing expectations of potential financial benefits, and discussion about what ecosystems are included in existing frameworks, as well as how frameworks could be modified to encompass those ecosystems not currently included (e.g. Steven et al., 2019; Luisetti et al., 2020).




Figure 1 | Schematic representation of key concepts related to protection, improved management, and restoration of blue carbon ecosystems.






Coastal ‘Blue Carbon’ Ecosystems

All marine vegetation, as well as some other organisms (such as corals), convert inorganic carbon to organic carbon through photosynthesis. However, only mangrove forests, seagrass meadows and tidal marshes are typically considered ‘blue carbon’ ecosystems in current policy frameworks (Howard et al., 2017; Lovelock and Duarte, 2019).1 The defining feature of these coastal ecosystems is that the foundation species are plants that grow in sediment2 that is submerged at least part of the time by tidal water. Through photosynthesis these plants take up CO2 [and, in the case of seagrass, bicarbonate  ] and use it to create organic carbon substrates that are needed to maintain and grow new leaves, stems, roots and so on. Woody plant biomass can persist for many years, in some circumstances for centuries. Further, when a plant dies — or when part of a plant, say a leaf, is detached and falls to the sediment surface — a fraction of the organic carbon is incorporated into the sediment where it can persist for long periods, in some cases for millennia. Because the sediment of blue carbon ecosystems is typically inundated by water (through which oxygen moves more slowly than air), the rates of decomposition are very low, which facilitates accumulation of the organic matter. Indeed, in many of these ecosystems the carbon stock in the sediment is greater than that in the plant biomass (Alongi, 2014). In addition, unlike freshwater wetlands, the higher concentration of sulphate in seawater acts to reduce the anaerobic formation and release of methane (Bridgham et al., 2013), such that methane emissions from saline coastal wetlands tend to be lower than for other wetlands (Kroeger et al., 2017; although emissions can sometimes be high even in coastal wetlands — see Rosentreter et al., 2021).

The potential contribution of the three main blue carbon ecosystems (mangrove forests, seagrass meadows and tidal marshes) to global climate mitigation is a relatively modest proportion of the total abatement needed, perhaps a little more than ~1 Gt or so per year (Herr and Landis, 2016; Griscom et al., 2017) — to give this some context, global emissions were ~35 Gt in 2021 (Liu et al., 2022). However, actions to protect and restore blue carbon ecosystems could be an important contributor to abatement in some countries, such as those in which degradation of these ecosystems is a large contributor to emissions (Murdiyarso, 2019). In addition, these ecosystems offer a suite of other benefits, including reductions in the height of damaging storm waves, reducing inundation by storm surges, provision of habitat for species that are important for food and livelihoods, and more.

There is great interest in potentially including macroalgae and other marine ecosystems into blue carbon accounting frameworks (e.g. Krause-Jensen and Duarte, 2016; Sala et al., 2021), but there are unresolved questions about whether removal and sequestration of carbon by these ecosystems meets the rigorous standards required to incorporate potential abatement into policy and finance frameworks. Not all ecosystems create or store carbon in the same way, and not all do it equally effectively (Jobbagy and Jackson, 2000; McLeod et al., 2011). Here, we briefly outline the main international policy and climate finance (with focus on carbon markets) frameworks and how different ecosystems can be considered in the context of those frameworks.



International Policy Frameworks

The main global entity through which countries cooperate to develop international policies that explicitly address the problem of increasing greenhouse gas concentrations is the United Nations Framework Convention on Climate Change (UNFCCC). Here, we briefly review a subset of the main UNFCCC mechanisms relevant to protection and restoration of coastal blue carbon ecosystems (for a more detailed review see Herr et al., 2019b).

As a framework convention, the UNFCCC establishes the mechanisms to achieve its objectives through a suite of legal instruments agreed to at the annual Conference of Parties — the (now expired) Kyoto Protocol and the Paris Agreement are well-known examples.3 These decisions are diverse, and include aspects such as the magnitude of ambition (originally focussing on mitigation but increasingly also encompassing adaptation), different strategies to achieve that ambition, and ways of generating the finance to enable them (Kuyper et al., 2018).

Multiple processes and mechanisms have been implemented in the years since the establishment of the UNFCCC (Bodansky and Rajamani, 2018). Blue carbon ecosystems are relevant to a number of the current ones, including several that are still being negotiated (Dobush et al., 2021; Herr and Hamilton, 2021). We don’t attempt to review all of them, but Nationally Determined Contributions (NDC) and REDD+ (Reducing emissions from deforestation and forest degradation), are worth noting because they have received attention in the context of blue carbon. NDC are plans that are submitted to the UNFCCC Secretariat by each of the Parties to the Paris Agreement. In the context of the UNFCCC, a Party is essentially a country, which is assigned into one of three groups according to the level of commitments that they are able to make.4 NDC are an obligation on Parties to the Paris Agreement, which describe voluntary commitments that are consistent with the principle enshrined in the original convention text that countries have ‘common but differentiated responsibilities’. As such, each country sets its own emissions reduction targets, and outlines plans to achieve them (as well as adapt to climate change) in their NDC. Blue carbon ecosystems can contribute towards mitigation and adaptation efforts, and there are a wide variety of actions that could be built into these national plans (Herr and Landis, 2016; Lecerf et al., 2021). Among these is the opportunity to incorporate coastal wetlands in national greenhouse gas inventories (outlined below), which in turn creates a set of incentives for increased protection and restoration of blue carbon ecosystems.

REDD+ is a mechanism created and modified through the UNFCCC process that focuses on using forest management to reduce emissions (from forest clearing or degradation) and increase removal of atmospheric CO2 into sinks (primarily trees). It is characterised by payments that are contingent on achieving specific results — thus embedding financial incentives into the approach (Angelsen and McNeill, 2012). Seagrass meadows and tidal marshes are not forests, but some mangroves are considered forests, depending on a country’s definition of what a forest is. Notwithstanding that some definitions do not resonate well in particular cultural circumstances (Putz, 2010), the UNFCCC has a general operational definition of a forest: “…a minimum area of land of 0.05-1.0 hectares with tree crown cover (or equivalent stocking level) of more than 10-30 per cent with trees having the potential to reach a minimum height of 2-5 metres at maturity in situ” (Schoene et al., 2007). However, within this broad definition, countries can elect to further refine their definition of a forest. If mangroves happen to fit the national definition of a forest, then they can be included in REDD+, although so far there have been relatively few mangrove projects. Countries that participate in REDD+ should establish a Forest Reference Emission Level (FREL), which sets the baseline mass of net emissions (in tCO2-e: see Box 2) against which to evaluate changes; these are typically calculated from national estimates over multiple years (Romijn et al., 2013).


 BOX 2 | tCO2-e

Different greenhouse gases — carbon dioxide, methane, nitrous oxide, and so on — absorb different proportions of infrared radiation, and so their contribution to atmospheric warming isn’t proportional to their concentration in the atmosphere (Lashof and Ahuja, 1990). In addition, the different gases persist in the atmosphere for different lengths of time. Because of this, in an effort to allow for a common standard to account for emissions, each is assigned a ‘global warming potential’ (Smith and Wigley, 2000), based on the amount of warming expected over a specified duration (usually 100 years), relative to carbon dioxide (IPCC, 1990). This is used to calculate ‘carbon dioxide equivalent’, CO2-e: in carbon accounting this is expressed as a unit of mass, so tCO2-e is a measure of the mass of CO2 that would generate an equivalent amount of warming. Relative to carbon dioxide the warming potential of methane and nitrous oxide are 25 and 298 times greater.



UNFCCC mechanisms also guide international cooperation, facilitating countries to assist each other in meeting their commitments. One way in which they can do so is through formally recognised internationally transferred mitigation outcomes (ITMOs), in which one country assists another (say, through providing financial assistance), and in return receives the right to claim some of the net emissions reductions. ITMOs are also quantified in units of tCO2-e. Their use can be complicated and has been somewhat contentious (Allen et al., 2021). One contentious aspect is the possibility that some emission reductions could be counted by more than one country, which would inflate estimates of net emissions reduction globally (called ‘double counting’, for example if a project in one country is funded through ODA from another and both want to count the emission reductions achieved from the project to offset their emissions). To avoid this, rules agreed to through the UNFCCC stipulate that, if the country in which the project occurs wishes to sell their emissions reductions they cannot count them towards their own target but the buyer (the donor country) can.

The UNFCCC also provides a framework for a variety of mechanisms to generate finance to implement actions that are intended to reduce net emissions, especially in developing countries. These include establishing formal entities to receive donations and disburse the funds (such as the Green Climate Fund), and establishing agreed rules for transfer of funds between countries (Romano et al., 2018). These have been implemented in various ways since the UNFCCC was formed, and international climate finance is now substantially influenced by the mechanisms introduced in the Paris Agreement (and subsequently outlined in detail in the rules drafted afterwards, the so-called ‘Paris Rulebook’). In particular, the way that international carbon markets are used to generate finance to support international cooperation is outlined in several parts of Article 6 of the Paris Agreement (Schneider, 2019). These rules are especially relevant to protection and restoration of blue carbon ecosystems, which tend to occur disproportionately in developing countries (Herr et al., 2018). We review how carbon markets work later in this article.

Other international agreements also deal with natural climate solutions in a way that is relevant for protection and restoration of blue carbon ecosystems, each with a different and complementary focus. For example, the Convention on Biological Diversity focuses on conservation of biological diversity (including ecosystems), the Sendai Framework for Disaster Risk Reduction focuses on preventing and reducing disaster risk (including through harnessing the benefits provided by natural ecosystems), the Convention on Wetlands of International Importance especially as Waterfowl Habitat5 focuses on conservation of wetlands, and the UNESCO World Heritage Convention is focussed on protection and preservation of particular sites considered to be of outstanding value to humanity. Actions implemented under these agreements can also contribute to reducing net emissions. The extent to which these agreements complement each other, and UNFCCC agreements, is an important area but none have a specific focus on climate mitigation. The Sustainable Development Goals, a set of broad goals and associated targets established by the United Nations General Assembly, does have specific targets related to climate change, but one of which is to implement the UNFCCC. Since none are specifically focussed on climate mitigation, we don’t discuss them further.



National Greenhouse Gas Inventory

One of the main tools the UNFCCC uses to assess how successful (or not) countries are at reducing net greenhouse gas emissions is the national GHG inventory (Troxler et al., 2019). These are designed to account for GHG emissions by sources and removals by sinks from all sectors of a country’s economy. These inventories are submitted more frequently and in greater detail by certain countries (essentially, developed countries: Perugini et al., 2021). From 2024 all Parties to the Paris Agreement will need to submit a Biennial Transparency Report (which should include a report on that country’s GHG inventory report, among other things) every two years. Developed countries will still need to submit national GHG inventories each year.

The UNFCCC has adopted detailed methods and standardised reporting procedures for GHG inventories that have been produced by the Intergovernmental Panel on Climate Change (IPCC). GHG inventories include emissions and removals of three naturally occurring GHG that are particularly relevant to blue carbon ecosystems — carbon dioxide (CO2), methane (CH4), nitrous oxide (N2O) — as well as four types of synthetically-produced fluorinated gases.

In preparing GHG inventories for submission to the UNFCCC, countries are required to calculate emissions sources and sinks from multiple sectors (UNFCCC, 2009; UNFCCC, 2016). Coastal wetlands are included in a sector called land-use change and forestry (LULUCF), which since 2006 has been combined with agriculture to create a single consolidated sector: Agriculture, Forestry, and Other Land Use (AFOLU: Box 3)6. AFOLU activities contribute towards a significant net source of global GHG emissions – approximately 23% of CO2-e (5.2 ± 2.6 Gt CO2 yr-1) from 2007-2016 (IPCC, 2019b). Countries don’t need to report on everything that IPCC gives guidance on though. Land can be both a source and a sink of GHG, making estimates of emissions and removals in the AFOLU sector complex.


 BOX 3 | Classification and delineation of coastal wetlands as land cover categories

Coastal wetlands are defined within the AFOLU sector as areas that “consist of organic and mineral soils that are covered or saturated, for all or part of the year, by tidal freshwater, brackish or saline water and are vegetated by vascular plants” (Hiraishi et al 2014). This includes blue carbon ecosystems – mangroves, tidal marshes, and seagrasses. Each country must have a clear definition of the ecosystems that are represented by coastal wetlands so that the land cover category can be appropriately assigned within the AFOLU inventory consistently over time. These definitions might be different between countries depending on the type of coastal wetlands and their national extent.

Estimating CO2 emissions and removals using the IPCC guidance requires information on the extent of area encompassed by each ecosystem. The boundaries of blue carbon ecosystems can extend landward beyond the extent of frequent tidal inundation, such as with supratidal salt marshes, and seaward to any depth at which seagrass could occur. The boundaries and extent can be challenging to quantify in these ecosystems — for example, seagrasses are difficult to map because they are underwater, and it can be difficult to delineate boundaries between high intertidal marshes and terrestrial vegetation.



The IPCC guidelines contain detailed instructions for calculating GHG emissions and removals from a suite of managed and natural ecosystems, including (since 2013) coastal wetlands (mangroves, tidal marshes, and seagrasses: the three blue carbon ecosystems). Current guidelines provide methods to calculate GHG emissions and removals for these ecosystems under four activities (Figure 2):

	Forest management practices in mangroves.

	Extraction activities (which includes excavation, dredging, construction of ponds for aquaculture or salt production).

	Drainage activities (in which the soil is intact but water levels on the landscape are reduced, usually to facilitate agricultural production).

	Rewetting, revegetation, or creation (rehabilitation and restoration of ecosystems).






Figure 2 | Decision tree to assign reported changes in blue carbon ecosystems to the emissions and removals categories provided by the Hiraishi et al 2014 Wetlands Supplement. Adapted from (Hiraishi et al 2014).



For each of these activities, GHG emissions and removals can be estimated with different ‘tiers’ of certainty (Troxler et al., 2019). At the coarsest resolution are ‘Tier 1’ assessments, which accommodate estimates generated from global datasets (called ‘default values’) to calculate GHG emissions and removals for a country. These default values are estimated from available scientific literature at the time and are assumed to be generally representative. At the next level of resolution, ‘Tier 2’ assessments use national data should it be available, while ‘Tier 3’ assessments are the highest resolution and involve site-specific data at finer spatial resolutions or nationally implemented models (e.g. Richards and Evans, 2004). Countries can apply different tiers to different activities depending on data availability.

The IPCC provides guidance for obtaining data, as well as default values for Tier 1 assessments. However, they recommend that Tier 2 or Tier 3 assessments are done where possible, because the default values may not accurately reflect emissions and removals for the country being assessed. Estimating net GHG emissions can involve estimating the difference in carbon stocks based on emissions factors for specific activities (which are supplied by the IPCC), estimating the difference in carbon stocks measured at two points in time, or measuring or modelling the GHG flux between the soil and vegetation and the atmosphere or water (Troxler et al., 2019).

Since the IPCC issued guidance for including wetlands into national GHG inventory (Hiraishi et al 2014; IPCC, 2019a), scientists have continued to refine the estimates of removals and emissions and to publish new data. This has enabled higher resolution estimates (e.g. Murdiyarso et al., 2015; Kauffman et al., 2017; Vinh et al., 2019) and improved models (e.g. Atwood et al., 2017; Rovai et al., 2018; Adame et al., 2021). The data and models underpinning national GHG inventories are continually improving, there are still some data gaps that need to be addressed, especially regarding flux of GHGs in blue carbon ecosystems, spatial patterns in emissions and removals within and among ecosystems, and the contribution of seagrasses.

So far, few countries have included coastal wetlands in their national GHG inventory, although capacity building and other activities to enable widespread reporting has been increasing (Green et al., 2021). If a country includes mangroves in the FREL through REDD+, they should report them using the same methods under forests, not wetlands, in their national GHG inventory (Green et al., 2021).




Climate Finance and Carbon Markets

Climate finance can occur in multiple forms. It can include grants, or loans, or even investment into private companies, such as through purchasing shares (Romano et al., 2018). It can also occur in forms intended to generate profit for the investors (such as bonds), or by risk transfer mechanisms like insurance. Some, such as results-based payments under REDD+ (which mostly occurs in the form of Official Development Assistance grants from developed countries: European Commission Directorate-General for Climate Action, 2018) require rigorous processes for measuring net abatement following a similar process as GHG inventories (Michel et al., 2016). One of the most widely used mechanisms for generating climate finance is carbon markets, developed in part due to a recognition that grants and donations alone were unlikely to generate sufficient finance, but also in response to a worldview which favoured an economic ideology based on letting the private sector attempt to resolve problems (Newell and Paterson, 2010).

Carbon markets are mechanisms which are designed to allow emitters (say, a company) to account for emissions that they cannot reduce by paying for emissions reductions (or ‘offsets’) elsewhere. Specifically, they are frameworks to trade (i.e. buy and sell) those emissions reductions, and can be broadly categorised into compliance and voluntary markets (Vanderklift et al., 2019; Streck, 2020). The units traded have different names in different schemes, but they are typically referred to under the general term ‘carbon credit’; each credit represents one tonne of carbon dioxide equivalent (tCO2-e: see Box 2).

Each credit therefore reflects a unit of mass that represents a net emissions reduction that has been achieved by either reducing emissions (say, by replacing fossil fuel with renewable energy or by not clearing a patch of mangrove forest) or by removing CO2 from the atmosphere and sequestering the carbon in biomass or soil (say, by restoring a degraded mangrove forest). Each credit has a unique serial number, which is listed on one or more public registries. Once the owner of the credit wishes to claim it for emissions reductions, the credit is ‘retired’ (also sometimes called ‘surrendered’) and a note to that effect is made against the serial number. It is then taken off the market so that it can no longer be sold or given away, preventing the possibility that a single credit might be claimed more than once.

Compliance markets are used in some jurisdictions to enforce the requirements of legislation or regulations. For example, in the European Union’s (EU) Emissions Trading Scheme (ETS) — an example of a ‘cap-and-trade’ scheme — emitters must stay below a quantity of emissions that is established by EU regulations, and they can use offsets generated by projects that reduce emissions to help achieve this (Bayer and Aklin, 2020). In some jurisdictions (such as in California and New Zealand), credits can also be generated by projects that sequester carbon through improved forest management (Shrestha et al., 2021). Compliance markets can be a central part of a country’s emissions reduction policy, in which case the net emissions reductions that they yield are incorporated into the country’s GHG inventory. The types of emission reduction activities that are eligible must therefore align with categories defined in the IPCC guidelines.

The nature of compliance markets is such that purchasers tend to favour low-cost credits. The lowest cost credits are usually generated by projects that replace fossil-fuel based energy production with methods based on renewable energy (Hamrick and Gallant, 2017; Donofrio et al., 2020). The costs of projects that involve NCS, such as protection and restoration of blue carbon ecosystems, are typically much higher (de Groot et al., 2013), and so demand for them is unlikely to be substantial in compliance markets. In contrast, buyers in a voluntary market typically do so because they are motivated by reasons other than the need to meet regulatory requirements (Peters-Stanley et al., 2013). In these cases, buyers are often prepared to pay higher prices for the credits, which makes credits generated by coastal blue carbon projects feasible. Indeed, there are now multiple projects in mangrove and tidal marsh ecosystems using methods accredited according to the rules of several different international standards (e.g. Needelman et al., 2018). In addition, these buyers are not necessarily constrained by the need to adhere to the categories used in national GHG inventory (although they can if they choose to), which can lend greater flexibility.

NCS often generate additional benefits beyond their contribution to climate mitigation (usually called ‘co-benefits’), such as enhanced fisheries production or reduction in the height of damaging storm waves. These co-benefits are often attractive to buyers in a voluntary market; credits from projects that also generate co-benefits tend to be preferred by buyers, who might also be willing to pay higher prices for the offsets. In general, quantification of these co-benefits is not as well understood as carbon abatement (Palomo et al., 2019; Orth et al., 2020), and warrants further research and development, including methods to value these benefits and the trade-offs among them.

The broad dichotomy between compliance and voluntary markets can be more complicated, because voluntary markets can be part of a broader regulated market (such as in South Africa and Colombia: Hanna and Nicolas, 2019), or they might be completely separate. Also, not all credits are traded on an open market; one of the largest blue carbon projects is a mangrove reforestation project in Sumatra (which generated >270,000 of tCO2-e by 2019: Anon, 2020) — credits generated by this project are not traded on an open market but are used to offset emissions of the companies which provided the finance for project implementation (Anon, 2015; Herr et al., 2019a).

In both compliance and voluntary markets, there are rules that need to be followed. In regulated markets those rules will typically be established by the regulators (for example in Australia, they must abide by ‘offsets integrity standards’ that are established in legislation: Bell-James, 2016; Kelleway et al., 2020). In voluntary markets they are established by the organisations that produce voluntary market standards. They tend to share a set of common rules, although there is some variation in the way that these are applied (e.g. Richards and Huebner, 2014). The Taskforce on Scaling Voluntary Carbon Markets (Taskforce on Scaling Voluntary Carbon Markets, 2021) has suggested these be developed into a set of principles that all projects should abide by.

The principles common across standards are that abatement should be real, measurable and credible, that it should be additional (that is, it would not occur without the incentive provided by carbon finance), that the net CO2 reduction that the credit represents must not be reversed (at least not for a very long period of time; this is called ‘permanence’), and that it should not cause an increase in net emissions either in another source or somewhere else (this is called ‘leakage’). These principles are designed to ensure that (net) emissions are genuinely reduced. The International Carbon Reduction and Offset Alliance (ICROA) includes all of these in a set of best practice integrity principles7 for using carbon credits to offset unavoidable emissions. These principles are used by standards that together represent the bulk of offsets traded in the voluntary market, as well as offsets traded under schemes such as the Clean Development Mechanism and Australia’s Emissions Reduction Fund.

The principle that abatement should be real, measurable and credible means that the methods for calculating the abatement that can be attributed to a particular activity are typically conservative. Often, like the methods for calculating emissions for national GHG inventory described earlier, they can involve a mixture of surrogate data like emissions factors, direct measurements, and models. The models are typically based on extensive data collected at different places, and account for the fact that the rates and net result of processes vary from place to place. They can also be cheaper than methods that require regular (and potentially expensive) measurements.

As described earlier, compliance markets will often be used to reduce emissions in sectors that are covered by a country’s GHG inventory, so the eligible sectors and activities will tend to reflect those defined by the IPCC. Voluntary markets might allow greater flexibility, raising the possibility that other sectors or activities might be included. However, they will still need to adhere to the rules applying to carbon accounting; examination of those rules in the context of different ecosystems can reveal why we focus on some ecosystems and not others, and why our ability to include them remains uncertain (Table 1).


Table 1 | Assessment of confidence in coastal ecosystems in the context of principles central to verifying offsets through carbon markets.






How Do Blue Carbon Projects Fit Into Carbon Markets?

Many stakeholders (including scientists) are interested in whether projects in different ecosystems might be eligible for carbon market finance. Some ecosystems are covered by methods developed under voluntary carbon market standards. For example, there are several methods produced by the carbon accounting organisation Verra that are applicable to mangrove, tidal marsh and seagrass ecosystems. Of the ecosystems that are not included, it is possible that some could be, but development of methods is hampered by insufficient information. In some offsetting schemes the net emissions reductions need to be linked to a GHG inventory, and so are constrained by the ecosystems and activities that are included in IPCC guidance. Many voluntary market standards don’t have this constraint, and so have more flexibility to include other ecosystems or other activities — but they still need to adhere to the same principles. Some ecosystems can be immediately discounted and considering them in the context of the main carbon market principles reveals why (see also Howard et al., 2017; Lovelock and Duarte, 2019).


Additionality

The additionality principle is intended to ensure that net emissions reduction occurs because of the implementation of project activities — in a carbon market this in turn means that it could not have been done without the finance generated by the sale of the credits. Additionality is typically assessed from this perspective for an individual project to ensure that activities would not occur without the finance, but in some restoration contexts additionality is assumed because the rate of restoration is lower than the rate of loss for an ecosystem (Needelman et al., 2018; Zeng et al., 2021). This can be complex, and problems include ensuring that protection and restoration would not occur in the absence of finance (which can be particularly difficult to assess for protection), as well as the moral hazard associated with providing more opportunities to those who have been the poorest stewards of nature.

Coral and bivalve reefs, where the process of calcification in seawater produces a net release of CO2 (Table 1: Frankignoulle et al., 1995; Lovelock and Duarte, 2019), would fail to meet the first principle of additionality. Coastal vegetated ecosystems — mangroves, tidal marshes and seagrasses — are composed of photosynthesising vascular plants, producing a net uptake of CO2, so they could meet this principle, providing that the activities would not otherwise happen without the financial incentive.



Permanence

The principle of permanence requires that the net GHG reduction must not be reversed. This risk tends to be lower for blue carbon ecosystems because they are less susceptible to some of the risks that terrestrial ecosystems are prone to, such as fire — although they are not immune to risks associated with severe weather events, or even climate change itself. The carbon fixed by plants through photosynthesis is stored in their biomass, and some of these meet the principle of permanence — although the duration of time considered ‘permanent’ varies among standards, it is typically at least 25-30 years, and often 100 years (Richards and Huebner, 2012). The carbon in the sediment these plants grow in can be thousands of years old (Rogers et al., 2019), and so easily passes the test of permanence. In carbon markets, the requirement to demonstrate permanence is typically applied regardless of whether a project sets out to avoid emissions from degradation of the ecosystem, or to enhance sequestration by restoring the ecosystem.

These frameworks assume that carbon removal and sequestration occurs within the boundaries of a defined project area. Removals can in some cases also include allochthonous organic carbon that is brought into the area (for example by currents or wind), if it can be shown that this organic carbon would have been remineralised and returned to the atmosphere if the project had not occurred (Needelman et al., 2018). Carbon exported from the area is not accounted for, because there is no easy way of knowing its fate — including whether it is additional or permanent. IPCC guidelines recognise that this is a gap in knowledge requiring more information (at least for coastal wetlands, for inland wetlands it is considered to be an emissions source: Hiraishi et al., 2014).

Carbon exported from coastal wetlands might be sequestered elsewhere. This can include small particles originating from mangrove, marsh or seagrass plants as well as dissolved organic or inorganic carbon, and even alkalinity (Huxham et al., 2018; Maher et al., 2018). Extending from methods that focus on measuring the organic carbon sequestered within a project area to methods that can account for carbon fixed in one place and sequestered in another will be challenging. Demonstrating that abatement achieved using such methods is real, measurable and credible will involve overcoming current impediments to quantifying carbon export to and sequestration in distant places. Simple models might be developed that can aid this, but these will require substantial, locally relevant data. This would help resolve the role that unvegetated sediments (such as intertidal and subtidal mudflats and sabkha) might play as NCS: they can contain substantial organic carbon, but most originates elsewhere (Phang et al., 2015; Sasmito et al., 2020). Little is known about permanence of organic carbon in these systems.

Kelp and other seaweed ecosystems pose a challenge from the perspective of permanence (Table 1). They photosynthesise and represent substantial carbon fixation. However, they tend to be short-lived — even a long-lived seaweed typically lives for only a few years. In addition, natural kelp stands tend to grow on rock, which doesn’t accumulate organic matter (this also creates a challenge to including them in national GHG inventory, because the IPCC guidelines currently only include wetlands as ecosystems with organic or mineral soils. Instead, most kelp carbon is exported from the place where it is fixed, through erosion of fronds or dislodgement of entire individuals (de Bettignies et al., 2013). Nevertheless, it is possible to envisage how methods to account for the emissions reduction potential of kelps (and other seaweeds) might be developed (Box 4).


 BOX 4 | Kelp carbon and carbon markets

Protection and restoration of natural ecosystems carbon market finance is built around a concept in which only GHG emissions avoided or carbon sequestered within a defined project boundary are included. This presents a challenge for building accounting methods for kelp and other seaweed (Luisetti et al., 2020), which tend to be short-lived (years or less), and export carbon to adjacent ecosystems. During transport, some is consumed by organisms from decomposers to herbivores (Ince et al., 2007; Vanderklift and Wernberg, 2008), but a proportion can travel to places where it might be sequestered, on continental shelves or even the deep sea (Krause-Jensen and Duarte, 2016).

It is possible that kelp detritus is sequestered into sediments in these places, but evidence regarding the proportion that might be expected to be sequestered is limited. Evidence of transport to distant areas alone is not sufficient, because kelp detritus is readily consumed by many consumers. It is possible that kelp transported to depths below the pycnocline might be considered permanently sequestered because material at those depths is not readily returned to shallower depths (Krause-Jensen and Duarte, 2016), but the fate of carbon during transport, and even after arriving at those depths, remains poorly understood (Boyd et al., 2019).

These challenges should not present impediments to developing methods for avoided loss of naturally-occurring kelp. In a method for avoided loss, the total carbon stock of all biomass can be included — including components that are typically short-lived (like leaves). In a similar way, the carbon stock in a kelp forest under threat could be accounted for — although this will in many instances be less than that of vascular plant ecosystems because there is no sediment component. Methods for mangrove and seagrass restoration can also account for the total stock restored (e.g. Needelman et al., 2018), which could similarly apply for kelp forests, although again the absence of sediment means that this might be significantly less than that of the blue carbon ecosystems (Figure 3).

Farming kelp might also offer opportunities for other ways of reducing net emissions, such as use in biofuels. These possibilities are still in early stages of exploration, and much remains to be understood before they can be deployed as effective solutions.






Figure 3 | Schematic representation of carbon stock changes for two distinct types of ecosystem (mangrove and kelp) in the context of restoration. The pink
shaded area is the carbon that could be attributed to the project activity. Adapted from Olander and Ebeling, 2011.





Leakage

Leakage from project areas can be challenging to assess. It requires understanding whether a protection or restoration activity is likely to cause an unintended increase in emissions, either directly from an increase in GHG emissions within the project area, or indirectly through displacement of an activity to somewhere else — say, through construction of aquaculture ponds elsewhere that cause a mangrove forest to be destroyed (Thamo and Pannell, 2016). In the latter case, the risk is assessed through examining the likelihood that the activity will cause such displacement, regardless of whether it is a mangrove, tidal marsh or seagrass.

Unintended increased emissions of GHG can occur from an activity designed to restore a blue carbon ecosystem. If the increased emissions are in the form of methane or nitrous oxide, both of which have global warming potentials much greater than CO2 (see Box 2; Smith and Wigley, 2000), this could conceivably create leakage. Emissions of these GHG occur naturally in ecosystems (Lovelock et al., 2017). Methane and nitrous oxide are released by microbial decomposition of organic matter, and are influenced by conditions such as temperature, salinity, and the amount of organic matter. Methane emissions tend to be more pronounced where salinity is low, but can sometimes be high in mangrove and tidal marsh ecosystems (Rosentreter et al., 2021), while nitrous oxide emissions can be high in places where nitrogen inputs have been substantial (Roughan et al., 2018). Methane emissions in seagrasses tend to be low, and although nitrous oxide emissions can sometimes be high, one study showed that net abatement of seagrass restoration was still substantial (Oreska et al., 2020). Accounting for GHG emissions in seagrass meadows is further complicated by poor understanding of whether gases dissolved in seawater (where they don’t contribute to warming) are transferred to the atmosphere (where they do) in these ecosystems (Van Dam et al., 2021). Transport of detached kelp onto shorelines can result in substantial emissions.

A restoration activity which causes a transition from one ecosystem or land use to another is also likely to generate emissions associated with that transition when the original plants die (Lovelock et al., 2022). Typically, this should be small relative to the amount of sequestration for projects to be feasible.




Conclusion

The protection and restoration of coastal blue carbon ecosystems can make a modest but important contribution as natural climate solutions (NCS) for achieving net reductions of greenhouse gas emissions. This potential has generated a lot of interest among scientists, restoration practitioners, policymakers, investors and others — each of whom has different expectations about what the individual and collective benefits are. However, to effectively achieve their potential as NCS, protection and restoration efforts often need to work within policy and finance frameworks — which can mean that the expected benefits are not realised. For example, some activities are not eligible to receive financial support through carbon markets. Or, they might be eligible, but the amount of abatement that they can claim is less than expected because calculations are conservative. This article was intended to explain some of the main international policy and finance frameworks that such projects should consider.

Of course, there are many reasons to undertake activities that protect and restore coastal blue carbon ecosystems. Doing so will usually contribute to climate mitigation, and if accounting for carbon is not a primary aim, then these frameworks are less relevant. Such activities will typically also generate other desirable outcomes, from enhancing habitat for a variety of species to supporting livelihoods or creating more enjoyable places to spend time. Sometimes stakeholders might want to formally quantify or seek credit for these benefits (and nascent methods for doing so exist, although they are not as mature as methods for accounting for carbon abatement), but again this need not always be the desired outcome.

Some protection and restoration activities for the three coastal wetlands included in the IPCC guidance (i.e. mangroves, tidal marshes and seagrasses) are well understood and are being increasingly implemented. Other activities, other ecosystems, and even some potential carbon pools are less well understood. More information on these is needed. However, there is sufficient information to support implementation of many activities. One of the most useful at a national level is to incorporate coastal wetlands into national GHG inventory — this is likely to create a variety of incentives for enhancing protection, better management, and restoration of blue carbon ecosystems. NDC can be used to communicate this (as well as other commitments) through the framework of the Paris Agreement. Countries who do so should receive greater benefits both in meeting GHG reduction and in the suite of other benefits that tend to occur alongside. Pilot-scale restoration activities — which can be part of markets if desired — are also a low-risk way of promoting action.
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Footnotes

1Here we use the term tidal marsh to be consistent with Intergovernmental Panel on Climate Change terminology, but they are also often called salt marshes, or even tidal salt marshes: French (2019) Tidal salt marshes: sedimentology and geomorphology, in Coastal Wetlands, eds. G.M.E. Perillo, E. Wolanski, D.R. Cahoon & C.S. Hopkinson. Elsevier), 479-517.

2Here we use the term sediment because that is most familiar to many marine scientists but note that other authors also use the term soil, which corresponds to Intergovernmental Panel on Climate Change terminology.

3If you are confused about the difference between a protocol, an agreement and other instruments, you aren’t alone, see: https://treaties.un.org/Pages/overview.aspx?path=overview/definition/page1_en.xml.

4https://unfccc.int/parties-observers

5more typically known as the Ramsar Convention after the city in Iran where it was originally signed.

6The other sectors are Energy, Industrial Processes and Product Use, Waste and Other.

7https://www.icroa.org/resources/Documents/ICROA_cobp_carbon_management_service_executive_summary_2021.pdf
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Awareness of the significant benefits of mangroves to human lives and their role in regulating environmental processes has increased during the recent decades. Yet there remains significant uncertainty about the mangrove change trajectories and the drivers of change at national scales. In Colombia, the absence of historical satellite imagery and persistent cloud cover have impeded the accurate mapping of mangrove extent and change over time. We create a temporally consistent Landsat-derived dataset using the LandTrendr algorithm to track the historical land cover and mangrove conversion from 1984-2020 across Colombia. Over this period, mangrove extent decreased by ~48.000ha (14% of total mangrove area). We find a gradual reduction of mangrove extent along the Pacific coast since 2004, whereas, in the Caribbean, mangrove cover declined around during 1984-1988 and also after 2012. Our time-series analysis matches with drivers of mangrove change at three local sites. For instance, hydroclimatic events, dredging activities, and high sediment loads transported by the rivers have collectively improved mangrove recovery in some sites. In contrast, human activities pressure linked to agricultural expansion and road construction have degraded mangroves. The transition from dense mangrove to other vegetation types is the most significant conversion affecting mangrove cover in Colombia, impacting an area of 38,469 ± 2,829 ha. We anticipate increased mangrove loss, especially along the Pacific coast, resulting from intensified human activity. Prioritization of conservation areas is needed to support local institutions, maintain currently protected areas, and develop strategies (e.g. payment for ecosystem services) to preserve one of the most pristine mangrove regions in the Western Hemisphere.
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1 Introduction

Mangroves are complex ecosystems with various benefits to humans and the environment (de Jong et al., 2021). They are well-recognized for their ecosystem services, especially for communities living in tropical and subtropical regions (Guo et al., 2021). While mangroves are known to provide services such as coastal protection (Yang et al., 2008; Shahbudin et al., 2012), carbon storage (Fatoyinbo et al., 2018; Tang et al., 2018), and biodiversity conservation (Polidoro et al., 2010), they continue to be impacted by human activities. Common land cover change trajectories result from mangrove conversion to aquaculture, agriculture, and urbanization (Goldberg et al, 2020). Other change trajectories include subtle changes ranging from selective logging and forest degradation as well as mangrove gain or recovery (Bhargava et al., 2021; Vélez-Castaño et al., 2021).

Tracking land change trajectories in mangrove is needed to identify their human and natural drivers and evaluate their impacts. Initial efforts to produce consistent global mangrove extent maps focused on finite epochs (Giri et al., 2011; Hamilton and Casey, 2016). Applications of the Landsat archive is commonly used to track local mangrove gain (Gilani et al., 2021), loss (Thampanya et al., 2006; Bhargava et al., 2021), and degradation (Lee et al., 2021). While research utilizing the extensive record of Landsat imagery for monitoring mangroves remains less exploited (Pasquarella et al., 2016), these approaches and publicly available datasets already provide a much better understanding of the location of coarse drivers (Thomas et al., 2017) of mangroves change (Goldberg et al., 2020) and specific periods of loss and gain (Luijendijk et al., 2018; Mentaschi et al., 2018). The increased availability of complementary remote sensing datasets from radar has also been successfully used to produce global change maps, albeit with a coarser and more limited time-span (Bunting et al., 2018; Thomas et al., 2018).

Earth Observation technologies provide an objective means of monitoring the status of mangrove forests. However, tracking mangrove dynamics is difficult for many reasons. For instance, cloud cover and the restricted access to historical optical satellite imagery in tropical regions limit our ability to accurately evaluate mangrove extent and change. Additionally, most current mangroves datasets fail to recognize their historical dynamism because they primarily focus on bi-temporal or decadal analysis aggregating the outcomes at coarse spatial scales. Finally, there is often a discrepancy in mangrove extent area, loss, and gain at national levels (Ruiz-Luna et al., 2008; Mejía-Rentería et al., 2018; Suyadi Gao et al., 2018; Alban et al., 2020) which can potentially affect the design of policies to improve conservation outcomes (Hamilton et al., 2018).To our knowledge, there is no country-specific continuous assessment of the change in the extent of mangroves in Colombia (Bernal et al., 2017; Mejía-Rentería et al., 2018), and large uncertainties about historical mangrove change trajectories remain unknown (Mejía-Rentería et al., 2018). Previous studies have estimated mangrove extent in Colombia ranging from ~500,000 ha in 1966 (IGAC, 1966) to 214,000 ha in 2000 (Giri et al., 2011), suggesting a mangrove loss of 57% in 45 years (López-Angarita et al., 2016). However, these estimates are highly uncertain because of the diverse methodologies employed and the lack of reference validation (Zambrano Escamilla and Rubiano-Rubiano, 1996). Most previous mangrove research in Colombia has focused on localized studies. National assessments are scarce due to the limited availability of cloud-free optical imagery and the lack of a consistent method to exploit remote sensing archives. The Caribbean coast has more research given its accessibility since colonial times whereas accessibility has limited the number of studies along the Pacific coast (Castellanos-Galindo et al., 2021b).

Recent efforts by different Colombian agencies have contributed to a better assessments of mangrove extent (IDEAM, 2010; INVEMAR, 2014). Projects such as Sístema de Información para la gestión de los manglares en Colombia – (SIGMA) by the Colombian government seek to establish a platform for research and conservation strategies for these ecosystems (http://sigma.invemar.org.co/geovisor). Given the increasing global demand from commodities such as rice, shrimp, and oil palm cultivation and the current post-conflict opportunities in Colombia (Murillo-Sandoval et al., 2020), it is imperative to identify the past and current mangrove change trajectories. While large areas in Colombia are profitable for establishing Blue Carbon projects based on carbon prices (Zeng et al., 2021), the ability to facilitate management and conservation priorities depends on the capacity to monitor the condition of mangroves quantitatively. Thus, understanding historical changes in extent is the initial step for developing carbon accounting and resource management systems.

This paper combines Landsat imagery with the LandTrendr algorithm (Kennedy et al., 2010) to develop consistent temporal land cover maps at annual steps between 1984 and 2020. We quantify land change trajectories associated with mangrove gain, changes from mangrove to other vegetation types, mangrove to open water, as well as urban and agricultural expansion. We highlight sites where these changes are evident and describe potential drivers using previous research studies. Different sites highlight diverse mangrove change trajectories, and social and environmental conditions that contribute to test our remote sensing method at the National level. The contributions of this study are threefold: we initially reduce the uncertainty about the current extent and distribution of mangroves in Colombia using 36 years of satellite data. Additionally, our methodology produces consistent land change maps and is compatible with national agencies’ requirements to monitor mangroves regularly (i.e., SIGMA). Finally, we identify the location of mangrove change and qualitatively identify specific natural and human drivers. We specifically ask:

	1. What is the current and historical extent of mangroves in Colombia?

	2. What were the mangrove change trajectories and specific transitions of gain and loss?

	3. How can the most dynamic locations of mangroves change be attributed to specific human-induced activities and natural drivers?





2 Study Area

Approximately 70% of Colombia’s mangroves are found along the Pacific coast, with 30% on the Caribbean coast (Bernal et al., 2017). Colombia hosts 1.5% of global mangrove carbon stock (Simard et al., 2019a). Low alluvial plains characterize the Pacific coast fed by many large rivers from the Western Andes. The coastline is about 1600 km long and considered one of the rainiest places on the Earth (Mejía et al., 2021). With an average precipitation of ~8000 mm, frequent cloud cover seriously hampers optical remote sensing studies (Fagua and Ramsey, 2019). The environmental conditions and poor accessibility have contributed to keeping the remaining mangroves mostly undisturbed across large swaths of the Pacific coast. This condition has allowed the development of some of the tallest mangroves forests in South America, with canopies reaching 54 meters (Simard et al., 2019a) and trees measured in situ reaching 57 meters (Castellanos-Galindo et al., 2021a).

In contrast, the Caribbean coast is drier than the Pacific, with annual precipitation reaching ~2500 mm along the ~1300 km coastline. Under microtidal conditions in the Caribbean, mangroves are mainly located on small deltas and coastal lagoons. The Caribbean is more developed than the Pacific coast, with many small cities and five large commercial ports (Riohacha, Santa Marta, Barranquilla, Cartagena, and Turbo) (Correa and Morton, 2010). Human pressure on mangrove forests has been more extensive on the Caribbean than on the Pacific coast. With more consistent cloud-free satellite observations, the availability of studies in the Caribbean is more extensive (Simard et al., 2008; Villate Daza et al., 2020; Vélez-Castaño et al., 2021).The geomorphological setting of mangroves in Colombia varies greatly with small and large deltas, estuaries, lagoons, open coasts, and carbonate islands. The environmental conditions between the Caribbean and the Pacific coasts also contribute to diverse mangrove structure (Blanco-Libreros et al., 2022). The meso- and macro-tidal Pacific coast is dominated by alluvial plains and large river deltas where mangrove have developed under high rainfall conditions (Castellanos-Galindo et al., 2021b). In contrast, the microtidal Caribbean coast is mainly a dry environment in which mangroves occur in medium to small deltas, coastal lagoons, and some marginal areas along the coast (Correa and Morton, 2010).

In Colombia, the protected mangrove areas cover 67,000 ha, corresponding to 23% of the total mangrove area. There are seven mangrove species (Palacios and Cantera, 2017): Avicennia germinans (black mangrove), Rhizophora mangle (red mangrove), Laguncularia racemosa (white mangrove), Conocarpus erectus, (button mangrove) andPelliciera rhizophorae (piñuelo) are the five found in the Caribbean. Along the Pacific, we find these five species as well as Rhizophora racemosa and Mora oleifera.


2.1 Case Study Sites

We selected three sites with diverse human activities and natural processes that have affected mangrove cover. The selected sites are important to test our method and link them to specific drivers of mangrove change. First, in the Caribbean, Cienaga Grande de Santa Marta (CGSM) is the largest lagoon–delta complex in Colombia (1280 km2) (Botero and Salzwedel, 1999). Mangrove extent here has dramatically decreased due to the construction of roads (Botero and Salzwedel, 1999). These roads resulted in the diversion, diking, and drainage of freshwater courses and subsequent die-off of 60 to 90% of the mangrove areas (Bernal et al., 2017). Dredging activities increased freshwater input into the CGSM that temporally improved mangrove recovery. Second, the Gulf of Urabá, also known as the Darien region, is the most extensive sea inlet on the Colombian coasts (Blanco et al., 2012). The Western part is mainly affected by natural conditions, while its Eastern part has suffered the impact of anthropogenic activities such as large agricultural expansion linked to land grabbing processes (Ballvé, 2013). Finally, Sanquianga is the largest protected area along the Pacific coast of South America and is located on the new Patía-Sanquianga delta plain. In 1972 water diversion and channelization changed this northern estuarine system into an active delta plain mainly for easier extraction of logged trees (Restrepo, 2012; Bernal et al., 2017). This diversion shifted more than 90% of the Patia River discharged through the Sanquianga River with diverging impacts on mangrove cover (Restrepo, 2012).




3 Data and Methods

We divide the methods into four parts (see Figure 1). First, we combine Sentinel 1 (S1) and Sentinel 2 (S2) to create a 10m-resolution land cover base map for 2020 (Section 3.1) trained with official map sources. This base map allows the collection of enough training data for time-series analysis. Second, we apply the LandTrendr algorithm to remove year-to-year variability, interpolate missing data and enhance spectral separability between land cover classes using temporally consistent and multivariate descriptions of the landscape (Section 3.2). Third, we identify sites where mangrove loss and gain are evident and explain these changes using available reports and previous research (Section 3.3). Finally, an accuracy assessment and area estimation are provided (Section 3.4).




Figure 1 | Flowchart methodology. Mangrove Vegetation Index (MVI) is the main index employed for temporal segmentation. Vertices from MVI are imposed over each spectral predictor (index (i), see Supplementary) to create smoothed profiles.




3.1 Base Map 2020

We employ Synthetic Aperture Radar (SAR) data from Sentinel 1 A and B Sensors and optical data from Sentinel 2 to create an new land cover map with a spatial resolution of 10m across Colombia. First, we build a cloud-free Sentinel-2 image composite including data collected in 2019-2020. Our predictors based on the image composites include the mean, percentile 20th, 80th, and the standard deviation for each spectral optical band in Sentinel-2 and VV and VH polarizations for Sentinel-1A/B. Additionally, we include several vegetation indices and Gray-Level Co-occurrence Matrix (GLCM) indicators (see Supplementary). Second, we collect training data (first training, see Figure 1). The training data comes from the official Colombian Corine Land Cover map 2012 (CLC) (IDEAM, 2010). The CLC map identifies the five most common land cover classes along the Colombian coasts as agriculture, dense forest, mangroves, water, and scrub-shrub wetland associations.

We created a mask of 2012 to 2020 class persistence using the Global Forest Cover disturbance, tree canopy cover datasets (Hansen et al., 2013), and JRC Global Surface Water (Pekel et al., 2016). This allowed the selection of training samples on S1 and S2 image composite for year 2020 based on classes identified in 2012 Corine Land cover map. We applied a Simple Non-Iterative Clustering (SNIC) algorithm available in Google Earth Engine to S1 and S2 image composite and spectral indices (see Supplementary). SNIC is an object-based image segmentation approach useful to group neighboring pixels with similar characteristics into clusters (Tassi and Vizzari, 2020). We randomly sampled 1000 SNIC clusters per class and confirmed class labels through visual inspection of Planet data in the Collect Earth application. This process removed 549 samples that could not be assigned (e.g., cloud cover or not available imagery). A total of 4451 samples were divided into training (70%) and validation (30%). We found the Mangrove Vegetation Index (MVI) as the dominant metric for spatial segmentation to delineate mangroves from non-mangroves (Baloloy et al., 2020). After image segmentation, mean values of each predictor were assigned to each cluster and classified with the RandomForest algorithm to produce a new base land cover for 2020 (Breiman, 2001). Our method is highly automated using the Google Earth Engine platform (Gorelick et al., 2017).



3.2 Landsat Preprocessing and LandTrendr Setup

In this section, we created a new spectral dataset after a linear fit using LandTrendr algorithm (Kennedy et al., 2010). This process creates a temporally consistent dataset that provides a better temporal stabilization of spectral metrics to build consistent land cover maps. We analyzed 7853 Landsat Tier 1 images in the GEE Catalog between 1984 and 2020. For each image, we applied a series of steps. First, after using the standard cloud and shadow masking procedure, we visually removed 238 images with artifacts that would affect the creation of annual composites. Second, we produced homogenous spectral values for Landsat 4 through 8 using Roy’s parameters (Roy et al., 2016). Third, topographic effects were reduced using the Dymond-Shepherd physical correction (Shepherd and Dymond, 2003). Fourth, a negative 2 km buffer around each image was applied to remove scene edge artifacts. Finally, we clumped the spectral data to eliminate undesirable outliers.

After preprocessing, we created annual image composites using four methods: medoid, percentile 20th, 80th, and standard deviation. Medoid is a well-recognized method for building radiometrically consistent Landsat composites with the smallest average heterogeneity in tropical regions (Van doninck and Tuomisto, 2018). Instead of minimum and maximum values, we use the 20th and 80th percentiles to reduce sensitivity to shadows and atmospheric contamination effects (Zhang and Roy, 2017). Additionally, the 20th percentile is helpful in differential vegetated areas that are persistent green throughout the year (Lymburner et al., 2020). Standard deviation highlights dynamic and stable surfaces. While the scarcity of enough observations in the early years (e.g., 80 and 90) can affect the performance of percentiles (Xie et al., 2020), missing Landsat observations mostly occur in mountainous regions and few locations on the coast. These are spatially filled using an average window (8 x 8 pixels) procedure.We applied the LandTrendr (LT) algorithm on each of these composite datasets. While extensively used for tracking forest disturbances and agents of change (Kennedy et al., 2010; Zhu, 2017; Kennedy et al., 2018), its usability for building consistent landcover maps is less common (Murillo-Sandoval et al., 2021). LT identifies breakpoints (vertices) where the temporal progression of spectral values is approximated to be linear to reduce noise. We simplify chronosequences into representative temporal trajectories that improve land cover maps creation through linear fit smoothing. LT needs different parameters to identify breaks; here, we use previous parametrization available for Colombian forest (see Supplementary) (Murillo-Sandoval et al., 2021). We increased the spectral separability among land cover classes by imposing the timing of the vertices detected using MVI onto a set of spectral predictors (see Supplementary Figure 1). This process provides temporal stabilization of spectral metrics removing ephemeral changes across years for each composite method. The algorithm also interpolates temporal data gaps due to clouds, cloud shadows, and Landsat-7 SLC errors.We randomly sampled our new base land cover map in 2020 (section 3.1) for the five landcover classes incorporating the predictors from different Landsat composite methods (second training, see Figure 2). Additionally, we added more training data using purposive sampling in 1990, 2000, and 2010 to have a complete temporal description of land changes. The additional training data was verified using Landsat images and high-resolution images in Google Earth. A set of ten individual landcover maps per year were created employing a RandomForest. This iterative process decreases salt-pepper effects; the mode from these maps produced the final map per year.




Figure 2 | Mangroves area for the Pacific and Caribbean coasts. Area estimates with 95% confidence intervals (dashed lines). Brown line represents the area mapped (pixel counts), and cross symbols represent the area estimated.





3.3 Quantifying Land Change Trajectories

Land cover change maps are a proxy for detecting mangrove loss and gain processes and infer types of land use conversion. We derived five land change trajectories based on our land cover maps. The first conversion is from dense mangrove to scrub-shrub vegetation. The Instituto Geografico Agustin Codazzi (IGAC) defines dense mangroves in Colombia as tree height>15m that follows a continuous woody pattern with tree cover >70%. The scrub-shrub vegetation is also defined as tree height<4m that has been human or naturally intervened (IGAC, 1999). This conversion of mangrove to other vegetation type indicates mangrove loss. Loss and mangrove gain can be natural or anthropogenic processes that evolve in shorelines (Bhargava et al., 2021). The transition from mangroves to open water (Mentaschi et al., 2018) is considered mangrove loss. Mangrove gain is related to new mangroves expanding into the coastal ocean or inland. To determine mangrove gain, we consider the conversions from water, agriculture, and scrub-shrub vegetation to mangrove. Mangrove loss includes conversion of mangrove to open water, other vegetation types, and urban and agriculture areas. The latter two are human-driven conversions that affects the development of other land cover types (IDEAM, 2010). To reduce misclassification with tiny settlements, we employ the new ESA 2020 (Zanaga et al., 2021) urban layer to separate settlements from agriculture. Finally, classes such as permanent water and other non-mangrove-related transitions were calculated for the mapping process but not included in the area estimation assessment.

We create a difference map between 1984 and 2020 to identify the locations of mangroves gain and mangrove loss. We use spatial aggregation based on hexagons of 30 km diameter to visualize mangrove gain and loss, and identify three locations that experience mangrove gain and loss: Ciénaga Grande de Santa Marta, the Gulf of Urabá, and the Sanquianga Protected Area. We identify potential drivers of mangrove change in these regions using expert knowledge and available research.



3.4 Accuracy and Area Estimation Assessment

Good practices in remote sensing tasks recommend using unbiased estimators on stratified data using reference observations (Olofsson et al., 2020). Using an established procedure (Olofsson et al., 2014), the accuracy assessment was derived from the change map between 1984 and 2020. A random stratification sampling of 1,230 points was distributed among the five types of change trajectory and stable mangroves classes. The allocation follows 800 samples for mangroves (65% proportion area), 150 to mangrove to other vegetation types and mangrove gain, 50 to mangrove to open water and agriculture, and 30 to urban areas. While using a multi-sample approach can highlight more detail into the area estimation, developing an annual assessment would increase the number of needed samples to ~1230x35 = 43,050. Therefore, the choice of 1,230 points is merely practical and conservative, involving available human resources and making a careful effort to keep precision in the reference process.

We use a sampling unit of 30 m pixel size of the Landsat image for the reference process. We utilized CollectEarth (https://collect.earth/) which links the samples with the reference observation through a visual process. CollectEarth offers a set of tools for connecting each sampled point with its reference using Landsat images subsets, Landsat time-series plots, and high-resolution images from OpenStreetMap and Planet. Additionally, CollectEarth offers a degradation tool widget that tracks forest disturbances and helps in assigning the reference class to each sampled point. After reference data collection, we constructed error matrices and reported the estimated areas for each class. The bias in the mapped area (pixel counts) is assumed to be uniformly distributed in time and space. Consequently, the coefficient between the mapped area and the estimated area (unbiased) for the full stratification is multiplicated by the mapped area in a given year for each class to obtain the estimated area (Olofsson et al., 2016).




4 Results


4.1 Colombian Mangroves Extent and Change Trajectories

In this paper, we provide a consistent method and historical examination of mangrove extent in Colombia. Our Landsat-based analysis reveals that mangroves had declined throughout the entire study area from 331,356 ± 2,708ha in 1984 to 283,419 ± 2,708ha in 2020. In other words, Colombia lost 14% (~47,937ha) of its mangrove in 36 years (0.38% per annual change). The base map produced with Sentinel-1 and Sentinel-2 supports the current extent in 2020, with a mangrove cover of 287,678 ± 34,107ha. The Pacific coast held 234,345 ± 2,644ha, with mangroves decreasing by about ~32,000ha since 2004 (Figure 2A). The map bias, the difference between the mapped area and estimated area, is 5898ha, an overestimation that falls outside confidence intervals (Figure 2A). In contrast, the Caribbean coast has 75,689 ± 853ha, with two notable periods of decline of ~15,000ha between 1984-1988 and~10,000ha between 2012-2020 (Figure 2B). Our mapped area is within the limits of confidence intervals (Figure 2B). Producer’s accuracy was greater than 90% for all classes except for urban that reaches 40%. User’s accuracy was also greater than 90% for all classes, excluding agriculture, with a value of 79%.

The decrease in mangrove extent (Figure 3E) is mainly associated with mangrove to other vegetation types followed by mangrove to open water, adding a loss of 56439 ± 4747ha (Figures 3A, B). These two conversions gradually rise on the Pacific coast, whereas, in the Caribbean, they remain relatively constant from 1988 to 2004 (see Supplementary Figures). Other change trajectories such as agricultural and urban expansion into mangroves have a minor contribution in mangroves loss from 1984 to 2020; however, they have a higher area uncertainty: 11,285 ± 10,68ha for agriculture (Figure 3C) and 2,824 ± 1,478ha for urban areas (Figure 3D). In contrast to mangroves loss, mangrove gain reaches 46,541 ± 1,068ha (Figure 3F).




Figure 3 | National level estimated and mapped areas for five trajectories of change and stable mangroves. Area estimates with 95% confidence intervals (dashed lines). Brown line represents the area mapped (pixel counts) and cross symbols represent the area estimated.





4.2 Locations of Mangroves Loss and Gain

The Landsat-based difference map between 1984 and 2020 shows the long-term mangrove gain and loss changes (Figure 4). Mangrove gain indicates new mangroves expanding into the coastal ocean or inland. Mangroves loss results from mangrove conversion to other vegetation types, open water, agricultural and urban. We found changes in mangrove extent in all coastal departments over the 36 years of analysis, except in the department of Guajira in the Caribbean and Chocó in the Pacific (Figure 4). While the Department of Guajira has little mangrove areas to start with, the Department of Chocó has a significant portion of Colombia’s mangroves. Diverse changes are presenting in our three local sites: CGMS, the gulf of Urabá and Sanquianga.




Figure 4 | Study area and distribution of net mangrove extent change between 1984 and 2020. The selected study sites present diverse trends in mangrove loss and gain.




4.2.1 Ciénaga Grande de Santa Marta

The construction of roads around 1950 and consequent water diversion caused the destruction of more than 60% of mangrove cover in CGSM due to an increase in salinity (Botero and Salzwedel, 1999). However, during our analyzed period 1984-2020, the main trajectory is linked to mangrove gain (Figure 5). By 1984 mangrove cover was steady with episodes of loss and gains until 2004 and increased between 2004 and 2012 by 6,614 ± 74ha (Figure 5C). From 2012 onward, mangrove extent decreased linked to the transition from mangrove to other vegetation and mangrove to water, by 2020 mangrove extent reaches 39,996 ± 451ha. The CGSM shows prominent locations with mangrove to open water mainly located near the coast, while mangrove gain is widely distributed across the lagoon, and mangrove to other vegetation is situated in the periphery. A complete table with areas of annual change for each transition is available in Supplementary Material (Table SP7).




Figure 5 | Map difference between 1984 and 2020 in Ciénaga Grande de Santa Marta. Black dotted lines represent the roads constructed to join Barranquilla and Ciénaga cities between 1956 to 1960 and the road parallel to Magdalena River constructed in 1970. (A) Image subsets represented mangrove gain with mangrove to open water detected in 2020. (B) Image subsets show mangrove to other vegetation inland and gain since 2008. (C) The time series plot shows the land trajectories of change and dredging period between 1993-1998 and mangrove recovery from 2004 to maximum in 2012.





4.2.2 The Gulf of Urabá

In total, our Landsat analysis indicates a mangrove area of 6,342 ± 71 ha in the Gulf of Uraba in 2020. Mangrove to other vegetation in 1999 is the main trajectory of change with a large value of 261 ± 19 ha in 1999, followed by mangrove to open water of 78  ha ± 8 ha (Figure 6C). On the Western coast, extensive mangrove gain is mapped in the mouth of the Atrato delta. While many mouths in the Atrato delta show mangroves gain, the mouth called El Roto experienced the most significant expansion of mangroves in the last 36 years with 735 ± 16 ha of mangrove gain with an annual increase rate of 32 ha per year (Figure 6). On the other hand, mangrove to open water is visible in the Northwest coast, with a yearly retreat of -14 meters per year (Figure 6A). Contrarily to the natural processes presented on the Western coast of Urabá, mangrove loss due to urbanization is presented along the eastern coast is significant around Turbo city and across the whole East Coast, putting pressure over smaller mangrove areas. In addition, some location shows mangroves gain with areas where mangroves have migrated in small river deltas. The development of large channels to drain the excess water from large banana plantations led to a large load of sediment deposits contributing to mangrove expansion (Figure 6B). More detail about areas of change is available in Supplementary Material(Table SP8).




Figure 6 | Map difference between 1984 and 2020 in the Gulf of Urabá. (A) Image subsets show the retreat of mangroves from in 36-years due to solid swell from the Caribbean. (B) Image subsets present gradual mangrove expansion primarily associated with sediments load from large-scale banana plantations. (C) The time series plot shows mapped areas presented in the map extent.





4.2.3 Sanquianga Protected Area

Mangrove change trajectories indicate more mangrove gain than mangrove to open water and mangrove to other vegetation. Mangrove cover in Sanquianga slightly increased from 2000 to 2014 (see change values in SP Table SP9), currently holding 41,138 ± 464ha of pristine mangroves in 2020. Additionally, two peaks of mangrove gain occurred in 1987-1988 and 1997-1998, coinciding with intense El Niño events. The warmer circumstances during El Niño favored mangrove growth, reproduction, and respiration (Riascos et al., 2018). The combined impact of these two climatic events increased mangrove gain by about 3,000ha. However, abrupt La Niña events followed these El Niño events in 1988-1989 and 1998-1999, reducing these overall gains (Figure 7B). Mangrove to open water and mangrove to other vegetation within the official limits of Sanquianga park are located on the shorelines and dispersed in small areas across the protected area. Both processes account for an annual loss of 500ha during the analysis period. Interestingly, mangrove to other vegetation is prone to happen inland outside the protected area, meaning pressure over the remaining mangrove.




Figure 7 | Difference map between 1984 and 2020 in Sanquianga Protected Area. The black line defines the official limits of Sanquianga. (A) Image subsets show the gradual channel fill with progressive mangrove formations. (B) The time series plot shows mapped areas for the official limit of Sanquianga (black line).







5 Discussion


5.1 Mangrove Dynamics at National Scale

We produce historical maps of mangrove extent in Colombia using the temporal smoothing profiles derived from LandTrendr (LT) onto Landsat imagery. Using LT fitted spectral information significantly reduced noise from phenological changes, atmospheric conditions, and illumination conditions, leading to a better representation of changes on mangrove cover. Our methodology provides historical trajectories of mangrove to open water and other vegetation types, and mangrove gain, improving previous national and global datasets efforts. Our estimate of mangrove cover for 2020 is 283419 ± 2708ha is 26%, 42%, and 20% higher than global datasets by Giri et al. (2011), Hamilton & Casey (2016), and Global Mangroves Watch in 2016 (Bunting et al., 2018) respectively. We identify mangrove patches often missed by global datasets, especially on the Pacific coast. Global datasets are very conservative and with few available imagery they often miss large portions of the mangroves distribution, this aspect has been well-documented in previous studies (Mejía-Rentería et al., 2018). However, our current Landsat mangrove cover map in 2020 is 1% smaller than the available dataset produced by national agencies (IDEAM, 2010; INVEMAR, 2014). Our method offers a quick and effective way to monitor local and regional mangrove change and provide time-effective information about mangrove status. The method can be incorporated within the official Sístema de Información para la gestión de los manglares en Colombia (SIGMA).

While Colombia has large persistent areas of mangroves, the net 14% decline in both coasts and the more recent increase in mangrove losses on the Pacific is a big concern. The conversion from mangrove to other vegetation is by far the most common trajectory of mangrove loss, and it is generally located inland in the landward mangrove zones. The Pacific coast shows a gradual decline mostly from the middle of Choco to the Southern of the country since 2014 to the present. In contrast, in the Caribbean coast, two periods of mangrove loss indicate that changes are widely distributed along the entire coastline. While we observed both mangrove gain and losses in Colombia, there has been a net decrease in mangrove area since 1984 due to human activities associated with the gradual expansion of agricultural activities, selective logging and mining (Mejía-Rentería et al., 2018; INVEMAR, 2020).



5.2 Potential Drivers of Mangrove Change at Local Scale

Our empirical contribution investigates mangrove change trajectories based on previous studies in three mangrove sites. The construction of roads surrounding the Cienaga Grande de Santa Marta region started in 1950. The consequent reduction in hydrologic connectivity, combined with warmer periods, resulted in hypersaline conditions that caused conversion of mangrove to other vegetation types and prevented mangrove recovery (Jaramillo et al., 2018). To re-establish the necessary hydrological conditions for mangroves recovery, five of the pre-existing natural tributaries were dredged between 1993 and 1998 to improve freshwater and reduce salinity (Botero and Salzwedel, 1999). Our analysis shows that mangrove extent increased in 2004, suggesting that dredging activities were successful. In addition, the persistent La Niña event between 1999 and 2001 also enhanced freshwater into the CGSM and boosted mangrove gain. The positive increase in mangroves after 2012 was altered by the intense El Niño events in 2015-2016 and 2018-2019 that reduced the mangrove recovery trend (Blanco et al., 2006). In CGSM, the increased streamflow in the Magdalena River combined with dredging operations reduce salinity that contribute to mangrove growth during a short timeframe (Blanco et al., 2006; Jaramillo et al., 2018).

In the Gulf of Urabá, diverging mangrove processes have occurred along its Eastern and Western coasts. First, on the Western side, mangrove gain dominates trajectory in Atrato river delta mouth. Here mangrove gain is driven by high sediment load discharge of the Atrato River fed by high precipitation rates Chocó Region (Blanco et al., 2012). Some authors also linked the expansion of mangroves in the Atrato delta with legal gold mining peaks and periods of heavy rain associated with La Niña events (Vélez-Castaño et al., 2021). Erosion only occurs in limited areas mainly due to the low sinuosity of the Atrato River, which is a highly vegetated floodplain with resilient riverbanks. A larger area of erosion led to a retreat of the mangroves due to north-to-south coastal drift and extreme swell events that constantly hit the coast in a perpendicular orientation (Vélez-Castaño et al., 2021). On the Eastern coast, the role of armed conflict has shaped land distribution and consequently the expansion of agriculture affecting mangroves extent (Muñoz-mora et al., 2015). Through different strategies such as paper falsification, direct threats, and killing, illegal actors have taken land from small farmers and established large-scale agricultural projects (Grajales, 2011; Ballvé, 2013). The increase in bananas, plantain crops, and the expansion of pasture lands are the leading cause of transition of mangrove to other vegetation and deforestation (Figure 6). The struggles between small and large landholders remain in Urabá (Truth Commission - Forensic Architecture, 2021). However, disentangling these drivers and their relative impact would require field monitoring, local testimonies, and participative research that was beyond the scope of this study.In Sanquianga, water diversion in 1972 converted this estuarine system into a new active delta. The higher discharged contributed to a widening of the Sanquianga River, leading to active sedimentation and channel filling (Restrepo, 2012). Consequently, pioneer mangroves gradually colonized the fine sediments, and morphological changes associated with channel fill are detected in the Landsat time-series (Figure 7A). While an evident mangrove gain is observed through the 36-years analysis, the conversion of mangrove to open water and to other vegetation types are minimal along Sanquiaga’s shoreline. Episodes of sea-level rise associated with the El Niño events (Restrepo, 2012) may have increased shoreline loss. Sanquianga shows a persistent mangrove extent, indicating the system is currently balanced in terms of mangrove gain and loss. In addition, the growth of coca crops surrounding Sanquianga affects mangrove cover, given the contamination of water by wasted chemicals (Parra and Restrepo-Angel, 2014). The presence of illegal groups also limits the livelihoods of communities. As losing access to gathering cockles, coca’s economy is the only farming alternative putting more pressure over mangroves, increasing communities vulnerability, and shifting social and economic outcomes (UNODC, 2017; Treviño and Murillo-Sandoval, 2021).



5.3 Limitations and Future Work

Our remote sensing analysis capture commonly absent mangrove patches in previous global datasets, however some uncertainties remain. For instance, we do not use pixel-based tidal masking to remove effects from extreme climate events. The temporal variability in mangrove to open water and mangrove gain presented in (Figures 3A, F) may be potentially minimized after modeling tidal effects. The tidal masking helps delineate better shorelines (Bishop-Taylor et al., 2021) to update mangrove change trajectories. Our accuracy assessment shows that urban, and agriculture (primarily pasturelands) shows high uncertainty and low accuracy (see Supplementary). Although these classes have a small area proportion, adding urban more training data and other higher spatial resolution dataset might help track these minor transitions.

Future research in Colombia to track mangrove status from aerial and satellite imagery should incorporate the role of natural processes and the participation of communities and institutions (i.e., institutional framework) (Ostrom and Nagendra, 2006). Multidisciplinary approaches that consider social sciences are often missed, even if the role of local testimonies is known to be invaluable (e.g., Truth Commission - Forensic Architecture, 2021). Local community involvement highlight otherwise overlooked problems and provides insight into complex and unintended environmental and social aspects (Treviño and Murillo-Sandoval, 2021). Another relevant aspect is the role of causality. Future studies require regular ground validation and sensors to monitor river discharge, tracking sediments, weather stations, and sea-level rises. Although expensive, causality analysis disentangles specific processes that lead to better policy-making decisions. Additionally, forest structure is an important factor that can be detected from space to provide a more accurate estimate of carbon stocks (Simard et al., 2019b) and support assessment of mangrove vulnerability to certain drivers of mangrove degradation and loss. However, in situ ground data collection is needed to reduce uncertainty and provide better estimates to build blue carbon initiatives.The Landsat archive and the temporal smoothing profiles derived from LandTrendr are practical to track historical trends and inform mangrove gain and loss. However, discrimination of mangrove forests from subsistence agriculture, coca farming and small settlements could potentially be improved with better spatial, spectral and temporal resolutions offers by new local and global datasets such as UAVSAR and NISAR respectively. Finally, identifying governance opportunities through public-private partnerships is essential, given the need to keep carbon safe and reduce deforestation (Furumo and Lambin, 2020). Consequently, reviews highlighting the synergy between stakeholders provide crucial elements to extrapolate into other locationssuch as the efforts in Cispatá, the first long-term sustainable financing strategy in the Colombian Caribbean (Verra, 2021; Kuwae et al., 2022).




6 Conclusions

We produced a consistent high-resolution (30m) dataset to track annual mangrove extent change in Colombia from 1984 to 2020. Analysis of potential natural and human-induced drivers of change in three sites shows the response of the mangrove landscape. While many large mangroves remain unchanged, a 14% net decline in mangrove extent poses concern about their future status. Human activities such as gold mining, pasturelands expansion, and coca farming expansion can seriously affect mangrove cover. Colombia’s mangrove ecosystems include some of the largest and relatively undisturbed mangrove extensions in the Western Hemisphere and require consistent monitoring to support management strategies that consider hydrological, climatic, and socioeconomic factors.

The three sites selected in this study Cienaga Grande de Santa Marta, Gulf of Urabá, and Sanquianga, have been found to be profitable for blue carbon projects, and they could be financially sustainable based on current carbon prices over a 30-year time frame (Zeng et al., 2021). Despite the high carbon density in these locations, realistic conservation strategies are needed. For instance, the role of armed conflict processes, narcotrafficking, and local community participation is commonly ignored in these estimations. Moreover, the potential extent of mangrove blue carbon financing depends on a suite of conservation approaches and community participation that minimize current and future threats (Zeng et al., 2021).
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The seagrass Posidonia oceanica is the main habitat-forming species of the coastal Mediterranean, providing millennial-scale ecosystem services including habitat provisioning, biodiversity maintenance, food security, coastal protection, and carbon sequestration. Meadows of this endemic seagrass species represent the largest carbon storage among seagrasses around the world, largely contributing to global blue carbon stocks. Yet, the slow growth of this temperate species and the extreme projected temperature and sea-level rise due to climate change increase the risk of reduction and loss of these services. Currently, there are knowledge gaps in its basin-wide spatially explicit extent and relevant accounting, therefore accurate and efficient mapping of its distribution and trajectories of change is needed. Here, we leveraged contemporary advances in Earth Observation—cloud computing, open satellite data, and machine learning—with field observations through a cloud-native geoprocessing framework to account the spatially explicit ecosystem extent of P. oceanica seagrass across its full bioregional scale. Employing 279,186 Sentinel-2 satellite images between 2015 and 2019, and a human-labeled training dataset of 62,928 pixels, we mapped 19,020 km2 of P. oceanica meadows up to 25 m of depth in 22 Mediterranean countries, across a total seabed area of 56,783 km2. Using 2,480 independent, field-based points, we observe an overall accuracy of 72%. We include and discuss global and region-specific seagrass blue carbon stocks using our bioregional seagrass extent estimate. As reference data collections, remote sensing technology and biophysical modelling improve and coalesce, such spatial ecosystem extent accounts could further support physical and monetary accounting of seagrass condition and ecosystem services, like blue carbon and coastal biodiversity. We envisage that effective policy uptake of these holistic seagrass accounts in national climate strategies and financing could accelerate transparent natural climate solutions and coastal resilience, far beyond the physical location of seagrass beds.
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Introduction

The Mediterranean coastal seascape hosts 18% of all known marine species, 31% of the global tourism, and 2% of the global population across 48,300 km of coastline (Coll et al., 2010; UNEP/MAP, 2012). Seagrasses—marine flowering plants forming submerged meadows up to 40 m deep—and especially the endemic and most common species in the basin Posidonia oceanica—have been the bioengineers of this structurally complex seascape framework for millennia (Arnaud-Haond et al., 2012). Covering less than 2% of the total Mediterranean seabed, the P. oceanica seagrass meadows provide a plethora of ecosystem services valued between 57,000 to 184,000 €/ha/year (Paoli et al., 2018; Rigo et al., 2021) and are globally significant carbon sinks, with greater organic carbon density than the observed one in estuarine mangroves, peatlands or tropical forests (IUCN, 2021). The large efficiency of such vegetated coastal ecosystems in absorbing and storing carbon, and thus reducing atmospheric carbon dioxide concentration, has led to initiatives to include them in climate change mitigation strategies like REDD+ (Reducing Emissions from Deforestation and Forest Degradation) (Duarte et al., 2013). Such initiatives are further supported by the observation that P. oceanica seagrass meadows could have sequestered up to 42% of the carbon emitted by all Mediterranean countries since the onset of the Industrial Revolution (Pergent et al., 2014).

Due to numerous anthropogenic impacts, including coastal development, eutrophication, anchoring, and illegal fishing, the Mediterranean seascape has experienced a net loss of 6,990 ha in the coverage of P. oceanica meadows between 1869 and 2016, with, however, a reversed decline trend since the 1990s (de los Santos et al., 2019). A regional climate warming of 1.5°C above pre-industrial levels coupled with P. oceanica’s slow growth (1 cm yr -1) (Marbà and Duarte, 1998) would accelerate its loss (Jordà et al., 2012) with associated risks to biodiversity, food security, livelihoods, tourism, and, ultimately, coastal protection. The observed decline of the P. oceanica meadows and the lack of suitable spatially explicit monitoring necessitate accurate and continuous mapping and monitoring of their extent, trajectory of change, and condition. Such monitoring efforts can enable a better understanding and detection of hotspots of sensitivity and resilience not only for effective management and protection but also for climate change mitigation and adaptation strategies across the basin.

In the past five years, advances in Earth Observation technology—high spatial and temporal satellite data archives—as well as cloud computing power and artificial intelligence (AI) have enabled data-driven measurements, monitoring, and change detection in the distribution, trends, and health of the coastal environment, from a regional to global scale (Bunting et al., 2018; Murray et al., 2019; Purkis et al., 2019; Lyons et al., 2020). Such large-scale Earth Observation efforts require consistent, accurate, and well-distributed reference data of extensive magnitude in space and time to calibrate and validate their mapping products. These mapping products could enable seascape management and conservation at national and global scales, and climate change mitigation schemes like the Nationally Determined Contributions (United Nations Framework Convention on Climate Change, 2021); and could support the efficacy of the Sustainable Development Goals relevant to the coastal marine environment—namely Goal 6, 13 and 14—by 2030 (United Nations, 2015).

In this study, we have expanded an end-to-end cloud-native—built and run entirely within a cloud computing environment—Earth Observation algorithmic framework (Traganos et al., 2018) using the cloud geospatial platform of the Google Earth Engine (GEE) (Gorelick et al., 2017). We utilized this algorithmic framework to map, for the first time, the P. oceanica seagrass ecosystem extent at its whole bioregion scale of 56,783 km2 that includes 22 countries. The GEE cloud geospatial platform enabled the storage, processing, and analysis of a mosaic of 279,186 open satellite Sentinel-2 images (Gascon et al., 2017) between 2015 and 2019, the mosaic classification via the cloud-based machine learning (ML) algorithm of the Random Forests (RF) (Gislason et al., 2006), and the development of an inventory of human-labeled training data to guide the ML-based classification. For the latter, we annotated 1,748 training blocks consisting of 62,928 100-m2 pixels indicative of the different Mediterranean benthic classes i.e., seagrass meadows, rocky reefs and sandy bottom, and optically deep water. Optically deep waters are regions where the remote sensing signal does not provide any bottom information due to the light attenuation from the water column. To validate the mapping results, we collected and utilized an independent (both spatially and source-wise) inventory of existing field-based data (2,480 points).



Methods


The Cloud-Native Earth Observation Framework

As part of this study, we improved a recent cloud-native algorithmic framework (Traganos et al., 2018). This framework was built upon the advances in Earth Observation technology in terms of open petabyte-scale satellite datasets, high-performance cloud computational power, supervised machine learning, web-based visualization capabilities, and human-guided design of large-scale training data suitable for the supervision of the ML component—all of which are powered by the cloud infrastructure of the GEE.

The cloud-native existence of the evolved Earth Observation framework (Figure 1) allowed a time- and cost-efficient scalability in three dimensions: space (e.g., region, country, basin), time (e.g., monthly, seasonal, annual, multiannual), and satellite data input. The time dimension here encompassed multi-temporal analytics based on the combination of metadata selection and statistical analysis of all available satellite images within a given period. The result of multi-temporal analytics is a pseudo-image whose pixels contain the least amount of clouds, aerosols, waves, and reflection from the sea surface—all of the above being common natural obstacles within satellite scenes over coastal waters.




Figure 1 | Schematic workflow of our designed and utilized cloud-native Earth Observation framework.





The Multi-Temporal Sentinel-2 Satellite Image Mosaic

The aforementioned three components were adjusted according to our mapping task. To map the basin-scale seagrass distribution of P. oceanica, we scaled up the framework (Traganos et al., 2018) throughout the first 25 m of the depth of the Mediterranean, a total of 56,783 km2. We identified this depth range utilizing the EMODnet Bathymetry Digital Terrain Model (DTM) for the European Seas of 2018 (https://www.emodnet.eu/new-high-resolution-digital-terrain-model), which is a composite of bathymetric datasets from different sources at ~115m x 115 m resolution. We empirically selected the 25 m cut off depth as the most representative deep limit of seabed detection of the Sentinel-2 satellite—guided by water quality and human expert knowledge—in both the western and eastern basin part of the Mediterranean (Poursanidis et al., 2019) (Supplementary Table S2; Figures S3−S8). This depth limit is a balance between removing as many optically deep water pixels as possible without accidentally misidentifying and removing seagrass pixels, since both classes have similar spectral values. A deeper limit would include many more optically deep pixels, which could lead to potential false positives of seagrass presence; while a shallower limit would conversely mask many potential true positives of P. oceanica seagrass regions, especially within the optically shallower eastern basin.

Additionally, we manually masked extensive regions of turbid waters (mainly in north Italy, Egypt, Syria, and southeast Turkey), which would obscure the seabed detection. Finally, pixels from 279,186 satellite image tiles of Sentinel-2—100x100 km2 images—acquired between 23 June 2015 and 31 December 2019 synthesized the multi-annual mosaic at 10 m resolution—a full-archive synthesis of Sentinel-2 images over the Mediterranean at the time of its creation. The multi-temporal synthesis was essentially a statistical reduction of all land, cloud and deep-water-filtered images to the 25th percentile per pixel, a reduction deemed necessary to automatically filter out natural interferences like remaining clouds, haze, waves, sunglint and similar. As these Sentinel-2 images are top-of-the-atmosphere satellite data, we also employed the modified dark pixel subtraction method (Traganos et al., 2018) to account for the atmospheric effect in these data.



Training Data

Before describing the artificial intelligence component in the heart of our cloud-native framework, it is important to describe our training data design—essentially, the type of data that guides the AI. The training data were labeled following human-guided photointerpretation of the Sentinel-2 image mosaic by an expert on both Earth Observation image analysis and the nature of the Mediterranean coastal seascape. The expert spent 100 working hours within the cloud geospatial environment to annotate polygons indicative of the presence of three habitat classes: a) seagrasses (P. oceanica), b) optically deep water, and c) rocky and sandy seabed (Table 1). We decided to design polygons on P. oceanica seagrass meadows and not on other Mediterranean seagrass species (e.g., C. nodosa, Z. marina) as the sparse natural distribution of the latter species would have caused confusion on the 10 m spatial resolution of Sentinel-2. Therefore, it is expected that the spectral similarities between P. oceanica and other seagrass beds may have caused over-estimations and misclassification of the former class in our mapping effort. The human photointerpreter designed the training data by choosing polygons from all depths (shallow to deep), distribution (eastern and western basin), and density gradient (sparse to dense) of the studied habitats.

Sequentially, the final training dataset consisted of 1,748 polygons which were first reduced to centroids (Figure 2) and then were grown to blocks of a 30-m circular radius buffer around the centroids i.e., ~36 Sentinel-2-pixel blocks of 3,600 m2 each (Table 1). This means that we allocated 1.1 training point for each square kilometer of the mapped seabed, on average (62,928 training pixels for all 56,783 km2 of seabed area). This ensured a robust plethora of training blocks of pure pixels for each class.




Figure 2 | Distribution of the centroids of the 1,748 image-annotated training data blocks indicative of the presence of the three mapped classes.




Table 1 | Name and definition of the human-labeled classes along with the number of designed training pixel blocks and points.





Artificial Intelligence

We employed the training data to guide the Random Forests artificial intelligence framework (Breiman, 2001) and classify the multi-annual Sentinel-2 mosaic at 10 m resolution. RF is an ensemble supervised machine learning classification algorithm that incorporates numerous self-learning decision trees that can handle both collinearity and non-linearity between predictor variables (e.g., the often non-linear border of P.oceanica seagrass meadows with the unconsolidated fine sediments). The rationale behind choosing RF was two-fold: a) their robustness against overtraining and noisy data (Gislason et al., 2006) that could still arise from our training data design; and b) their high accuracies in multi-scale coastal habitat mapping in local and serverless environments (Traganos and Reinartz, 2018a; Traganos and Reinartz, 2018b; Poursanidis et al., 2019; Lyons et al., 2020).

We parameterized and ran the RF within the GEE platform using the probability mode. This essentially creates an intermediate soft probability of presence or soft classification of each class varying between 0 and 100. This means that each pixel in this intermediate continuous layer represent probability of presence between 0 and 100%. We ran a series of quantitative and qualitative analyses to determine the best threshold value for the presence of seagrasses in both the western and eastern part of the basin. Then, we merged all classes into one hard probability habitat map containing all pixels—the hard classification. In contrast to the continuous soft probability layer, the hard probability/classification layer is a thematic product with each pixel representing a different class. This allowed us to delve into our classification experiments, further decreasing a possible over-estimation resulting from potential noise in the training data. Based on our analyses, the ideal threshold values for the soft-to-hard transformation were 45 in the West Mediterranean and 77 in the East. Figure 3 displays the spectral ranges of the training and validation data in both Western and Eastern Mediterranean across our utilized Sentinel-2 bands.




Figure 3 | Spectral ranges of the training and validation data in both eastern and western Mediterranean across the B1-B4, and B8 bands of our multi-temporal Sentinel-2 data mosaic. Bright and dark hues of each color code reflect eastern and western reference data and green, blue, and red hues reflect the seagrass, deep water, and sand classes respectively. The split into eastern and western regions was in consideration of their dissimilar spectral reflectances (Supplementary Figure S8). This is more pronounced in the validation data where many of the interquartile ranges (the boxes of the boxplots) within each class in all the bands have either a small or no overlap. The lines within the boxes indicate the median.





Validation Data and Accuracy Assessment

To assess the accuracy of our bioregional map, we synthesized existing independent field-based validation data of P. oceanica seagrass meadows and neighboring habitats. During this synthesis, we collected high-resolution seagrass habitat maps developed previously in the Mediterranean by trained experts and scientists in the seagrass domain resulting in in situ data of total coverage of 3,274 km2. Table 2 indicates information on the coverage, temporal range, and source of the reference data. In addition to approaching our annotated data with as much independence as possible to reduce possible bias, the reference data featured higher quality and finer spatial resolution (Finegold et al., 2016) following field collection by trained experts via snorkeling, diving, and/or with the use of other technical equipment.


Table 2 | Analytical information about the herein employed independent validation (reference) data.



An independent analyst (not being the same person who annotated the training data) randomly selected data for the three habitat classes from the total amount of training data (3.8% on average), which resulted in 680 points for the seagrass class, 350 points for the optically deep water class, and 1,450 points for the sandy and rocky class (Figure 4). We decided to have a merged sandy and rocky class as the latter class was poorly represented across the entire basin based on both its natural distribution and the validation data availability and thus would have caused a rather biased representation in the confusion matrix and classification. The design was performed on a local GIS environment using three sources of data for guidance: a) the outline of the EMODnet DTM 0-25 m extent to ensure that all validation points fall within these limits; b) the higher spatial resolution satellite base maps of Google Earth Pro and the BING imagery platform independently from the Sentinel-2 data; and c) a hot-spot map based on the training data to ensure spatial independency between the latter and the validation data to further reduce potential spatial bias.




Figure 4 | Distribution of the employed 2,480 validation data points.



To assess the accuracy of our habitat mapping approach, we employed standard quantitative metrics in Earth Observation analysis: the Overall Accuracy—the proportion of area that is classified correctly; the Producer’s Accuracy—informing whether map classes were under-estimations; and the User’s Accuracy—reflecting whether the classified map is overestimated. We reported these metrics through the cross-tabulation of the labeled classes populated by the classification results and the reference data; the so-called “error matrix” (Supplementary Table S1).




Results


The Pan-Mediterranean Extent of P. oceanica Seagrass Meadows

We estimated a basin-wide seagrass area of 19,020 km2 between 0 and 25 m of depth in 22 countries with 72% overall accuracy—4,325 km2 in the Eastern basin (overall accuracy of 79%) and 14,694 km2 in the Western basin (overall accuracy of 64%). The producer’s and user’s accuracies of our seagrass product are 55% and 62% respectively (Supplementary Table S1). Our coverage estimate at the basin scale is 55.3% larger than the seagrass area synthesis in Telesca et al. (2015) (12,247 km2), 34.2% larger than the higher-confidence area synthesis of McKenzie et al. (2020) (14,167 km2), and around 1/6 of the MaxEnt-based modeled estimate of Jayathilake and Costello (2018) (118,913 km2). Figure 5 shows the bioregional extent of P. oceanica seagrass meadows across the entire Mediterranean.




Figure 5 | Pan-Mediterranean P. oceanica seagrass extent (this paper: green, pink (Telesca et al., 2015)). The four inset panels depict the two estimates of mapped seagrass extent in Ibiza and Formentera, Spain (blue inset), Gulf of Gabes, Tunisia (green inset), NW Peloponnese and South Ionian Sea, Greece (red inset), and the country scale of Cyprus (yellow inset).





Country-Scale P. oceanica Seagrass Area Inventories

Table 3 depicts the country-scale P. oceanica seagrass extent estimates across 22 Mediterranean countries between 0 and 25 m of depth, based on the spatial resolution of 10 m of Sentinel-2 data. The three countries with the largest P. oceanica seagrass meadows were Tunisia (6,369 km2), Italy (3,261 km2), and Greece (2,878 km2) (Table 3). The three countries with the largest seagrasses by km of Mediterranean coastline were Tunisia (3.4 km2/km), Montenegro (0.8 km2/km), and Croatia (0.5 km2/km). The 13 European countries with a Mediterranean coastline counted a total P. oceanica seagrass area of 10,932 km2 (57.5% of the total seagrass bioregional area). The five African countries have an estimated total seagrass area of 7,310 km2 (38.4% of the total bioregional seagrass area) and the five Asian countries a total seagrass extent of 778 km2 (4.1% of the pan-Mediterranean seagrass extent).


Table 3 | Country-scale P. oceanica seagrass mapping estimates (km2) in the entire Mediterranean basin.



In comparison to the data gaps in P. oceanica seagrass meadows in Telesca et al. (2015) (46.7% featured missing data on seagrasses), our baseline spatially explicit estimate features: a greater coverage of the coastline of several countries (e.g., +92% in Greece, +89% in Libya, +86% in Croatia, and +84% in Algeria), one additional country-scale estimate (Bosnia and Herzegovina), and one additional overseas territory (UK - Gibraltar). Finally, in relation to the country-scale seagrass area of Greece, we estimated a 13.7% larger area than the estimation of 2,510 km2 (Traganos et al., 2018) that also used Sentinel-2 multi-temporal data within GEE.




Discussion

Using a cloud-native Earth Observation framework for big-satellite-data processing and analysis, we showcase here the first data-driven, spatially explicit seagrass extent accounting across an entire bioregional scale. Featuring a plethora of cutting-edge frameworks and algorithms in Earth Observation such as multi-temporal data analytics, machine learning, cloud computing, and big-data processing, we map 19,020 km2 of area of the seagrass P.oceanica across the entire basin using 10 m 279,186 open Sentinel-2 satellite image tiles (2015-2019) and 65,408 reference data points. Undoubtedly, the most important novelty of our mapping effort is the fact that we designed, synthesized, and employed a single and consistent data source—the multi-temporal Sentinel-2 data mosaic—within the moderately small temporal window of 4 years to account the bioregion-wide seagrass ecosystem extent.

The present mapping effort covers important gaps in the previous charting of the Mediterranean seagrasses. The previous Mediterranean-wide effort (Telesca et al., 2015) mapped 55.3% fewer seagrasses than our effort, lacking data on their distribution in 46.7% of the entire Mediterranean and 93% of the entire Eastern basin. Additionally, this effort featured multiple data sources based primarily on experts’ knowledge spanning 39 years (1972-2011) in contrast to the 4 years in this present study. An additional synthesis (McKenzie et al., 2020) used an existing inventory (UNEP-WCMC and Short, 2018) and only quantitative polygons with accompanied accuracy to calculate 14,167 km2 of Mediterranean seagrasses—that is 34.2% less than our calculation. The reliance of the two latter studies on multiple data sources and interpolated expert knowledge may have led to a possible under-estimation of the seagrass extent throughout the Mediterranean basin (United Nations Environment Programme, 2020). This was also highlighted in a recent national-scale seagrass mapping venture in the Greek territorial waters (Traganos et al., 2018) which yielded four times more seagrass habitats than the inventory of UNEP-WCMC and Short (2018). Last but not least, we calculated only one-sixth of the modeled-based area of Jayathilake and Costello (2018) (118,913 km2), which nonetheless was not an actual seagrass area estimate, but rather the potential regional occurrence of seagrasses in the basin according to their habitat suitability. Such model-guided output could complement the ability of the two former data syntheses to guide the scalability of data-driven mapping approaches like the one presented here. It is also worth noting that our basin-wide mapping estimate features a producer’s accuracy of 55% which increases the uncertainty in the aforementioned comparisons.

Our cloud-native framework was built on the latest technological advances in Earth Observation: cloud computing power, AI, and open and free satellite data. More specifically, we describe below four important technological innovations alongside their associated benefits and space for improvement, if applicable:

	a) Scalability: We can scale up the cloud-native framework in terms of space (region, country, basin), time (monthly, seasonally, annually, multi-annually), as well as satellite data input depending on the final goal. The framework could be tuned to also ingest the multi-decadal satellite data archive of NASA/USGS Landsat series within GEE (Dwyer et al., 2018). The spatial scalability is demonstrated by the adaptation of the present Earth Observation system to ingest two orders of magnitude of Sentinel-2 tiles (1,000 to 100,000s) across tens of thousands of km² to map both the Greece-wide (Traganos et al., 2018) and the pan-Mediterranean seascape here.

	b) Time efficiency: Through the high-performance computation within the Google Earth Engine, our framework requires less than 5 minutes (the maximum allocated time for on-demand interactive computations in the platform) to run its end-to-end big data processing to classify seagrasses; we estimate that just downloading 279,186 Sentinel-2 tiles, with an approximate size of 600MB/tile, would have taken somewhat less than 6 months on a 100 Mbps Fast Ethernet connection and 167.5TB of disk space, rendering the present venture unfathomable within a local server.

	c) Multi-temporal Analytics: The cloud-native availability of the public satellite data archive of Sentinel-2 allowed the implementation of all available images within a selected period (> 4 years in this study) in a multi-temporal fashion. Following a statistical and metadata-based approach, this enabled the automated reduction of natural optical interferences (e.g., clouds, sunglint, waves, etc.) that impede the traditional off-the-shelf single-image approaches. In the future, the availability of larger temporal stacks within the cloud will enable more accurate multi-annual mapping analytics through the improved filtering of the aforementioned interferences.

	d) Artificial intelligence: The Google Earth Engine platform contains a large set of available, ready-to-use, and easily-tuned ML algorithms, which ease the implementation and tuning of the AI component in the heart of our cloud-native algorithmic pipeline. Paired with hundreds of thousands of human-labeled training data, our selected algorithm of the Random Forests enabled a better classification result in comparison to the majority of applications in our targeted domain, most of which employ local-scale unsupervised and/or supervised classifiers in local servers. Looking into near-future potential AI developments, we expect that ensemble—voting systems consisting of several different ML classifiers which output the most voted class per pixel—and deep learning architectures could bring further breakthroughs in data-driven approaches in seagrass mapping. All of the above will be achieved by increasing automation and accuracy in the image annotation and streamlining of seagrass data and related reference data (Zhang, 2015; Islam et al., 2020). Nevertheless, deep learning techniques in Earth Observation have not yet reached the necessary maturity to provide a clear understanding of whether the extra scientific effort for a theoretically greater accuracy justifies the needed extra vast manual annotation and processing power compared to ML classifiers. Nor, in any way, have cloud-native earth observation frameworks within a coastal aquatic context matured.



We identify here four main challenges and associated uncertainties of the present framework along with potential solutions:

	a) Over- and under-estimation of seagrass class: We carried out an intensive training data design to differentiate P. oceanica from other seagrass species present in the basin (e.g., Cymodocea nodosa and Zostera marina) and optically deep water. Nonetheless, based on a qualitative and quantitative assessment, clusters of over and under-estimation of the seagrass extent were inevitably identified. This could arise from several reasons. On one hand, over-estimation could have been produced from the pre-processing of our satellite mosaic to the level of the surface reflectance, accounting for the effect of the atmosphere and water surface media, but not of the water column medium. This causes spectral similarities across habitats with increasing depths (e.g., P. oceanica seagrass features a similar color to other seagrass habitats and also optically deep water on the satellite mosaic) leading to misclassifications of the P. oceanica class. We quantitatively confirmed the similar spectral ranges of the classes of P. oceanica meadows and deep water in Figure 4. The differences in spectral reflectances between the training and validation data for these two classes would further accentuate such misclassifications, namely the over-estimation of seagrass areas in our study. On the other hand, the possible under-estimation of our seagrass product is highlighted by two facts. First, its producer’s accuracy is 7% less than its user’s accuracy. This indicates that most of the P. oceanica in the map was also P. oceanica in the validation data, but that the map failed to capture a fair amount of this class. Second, masking out all depths deeper than 25 m (deemed necessary to reduce over-estimations due to the spectral confusion between seagrass and optically deep water) may have produced under-estimations. The mean lower depth limit of P. oceanica in the majority of the basin is around 35 m which means that our mapped area omitted 10 m of potential P. oceanica vertical habitat suitability. We evaluated the magnitude of this possible under-estimation, estimating 12,267 km² of coastal area between 25 and 35 m of depth. Using the seagrass coverage percentage per country of the total coastal area in the first 25 of depth, we estimated 3,964 km² of potential additional P. oceanica meadows across 22,984 km² at basin scale. This corresponds to 20.8% of possible under-estimation at the basin scale (Supplementary Table S2). The latter estimate is only 3.6% larger than the recent Mediterranean-wide estimate of Pergent-Martini et al. (2021) (22,161 km²) which was based on national seagrass areas. This increases the confidence in our cloud-based method and estimate as well as the calculation of the potential under-estimation here. Using the potential under-estimation of 3,964 km², the true bioregional blue carbon storage of P. oceanica beds increases to 872.7 million MgC, considering a Tier 2 assessment (Supplementary Table S4). Last but not least, other sources of over- and under-estimation of seagrass meadows and resulting uncertainties in our analysis could be potential confusion with macroalgae, existent seagrasses in waters of low to medium turbidity, varying seagrass density at the sub-pixel level, and, finally, relatively larger temporal differences between our mapping and implemented validation data (Table 2).

One way to alleviate these over and under-estimation trends could be to map bathymetry along with the habitat mapping and use cut-off depths for the optical presence of a certain class; for such a vast and diverse optical environment as the Mediterranean, this could be problematic due to the differences in optical properties between the western and eastern part. A second approach to solve this problem could be through forward modeling within the cloud to estimate the “true” seabed reflectance of seagrasses combined with the use of specific spectral indices that could allow differentiation between the seagrass and neighboring classes. A third way to resolve this could be the development of statistical thresholding on the attenuation coefficient layer which in turn will output only the optically shallow regions, offering the two-fold benefit of reduced computational power and improved detection accuracy.

	b) Multi-temporal Analytics: Modern solutions are sometimes the forebears of equally modern problems. Our multi-temporal analytics employs a deep satellite image stack spanning more than 4 years. This allows us to address and correct natural optical interferences more efficiently. Yet, in baseline mapping estimations, this also means that such an approach would not detect any potential change within and across seagrasses or neighboring habitats over the studied period. Assuming no habitat loss, the slow growth of P. oceanica seagrass species is an advantage here. However, short-lived seagrasses in tropical regions undergo changes in much smaller time scales which would render obligatory the reduction of the temporal selection to monthly or seasonal composites to reflect their natural cycles. Nonetheless, tropical regions experience substantially more cloudy days than the Mediterranean, and thus the reduction of the time dimension would allow more clouds and cloud shadows to negatively impact our detection capabilities. Currently, this trade-off between change detection through multi-temporal analytics and the correction of environmental noise poses a very interesting scientific question in multi-temporal coastal aquatic mapping efforts within primarily tropical systems.

	c) Training data: Large-scale mapping requires large-scale training data. The case of sufficient training data is one of the emerging issues due to the transition of seagrass mapping from the local to the cloud environment, and from the local to the bioregional mapping scale. Due to the absence of suitable and standardized training data to guide our ML component, we spent a labor-intensive effort to annotate an inventory that would match the multi-temporal Sentinel-2 mosaic. One possible approach to increase the time efficiency could be to design a machine or deep learning framework that, using the same satellite input with the mapping, could generate training data in a more automated way. Yet, to some extent, humans would still have to be involved in assessing the produced training data before these could be fed into the AI-based mapping. Anterior designed and implemented systems for semi-automated and automated interpretation of coastal and marine habitats do exist (Beijbom et al., 2015; González-Rivero et al., 2016; Griffin et al., 2017; Evans et al., 2018; Williams et al., 2019) and could be paired with our cloud-native framework in future endeavors.

	d) Validation data: Large-scale mapping data also requires equally large-scale validation data. The four most important characteristics of suitable reference data for the validation of the Earth Observation mapping approaches include independence to the data source and location, higher quality and higher resolution than the training data in use, and temporal consistency of the source information with the mapping products. It was also very time-consuming to collect such reference data and transform them into a suitable format for the validation process (e.g., designing points within existing polygons in areas with sparse or no training data). Arguably, we could render the validation data design more time-efficient by developing a central user-friendly cloud-native tool (e.g., within Google Earth Engine), which could be used by experienced seagrass and seascape scientists for the design of large-scale, high-quality validation data on high-resolution satellite base maps such as the ones within Google Earth and/or Google Maps.



At present, we infer that based on the observed producer’s and user’s accuracy of our produced seagrass mapping data, which fluctuates between 40.2 and 69.1%, considerable efforts must be placed to improve our multi-temporal analytics and reference data design. Such efforts will enable the quantification of additional seagrass biophysical parameters with at least moderate confidence (e.g., leaf area index, above-ground biomass, cover, density, fragmentation, carbon stocks). These efforts would have to rely on not only a greater wealth of available and/or new field data collections to train AI frameworks, but also optical data of higher spatial resolution to detect and map sparser features than the 100 m2 pixel of Sentinel-2. It is without doubt that near-future collaborations with seagrass and coastal habitat scientists in and beyond the Mediterranean would expand our mapping capacity beyond just seagrass extent.

Our cloud-native framework can be adapted to account seagrasses and other coastal aquatic ecosystems beyond the geographic limits of the Mediterranean in both temperate and tropical waters. New mapping efforts using our framework can enrich the sparsity of existing large-scale coastal habitat mapping results. Notable examples focused only on tropical marine systems of >10,000 km2 include the pan-Caribbean seagrass mapping of Purkis et al. (2019), the merged geomorphic-benthic habitat product of Wabnitz et al. (2008) across 65,000 km2, and the coincident geomorphic and benthic habitat mapping of Lyons et al. (2020) across four orders of spatial magnitude. The latter multiscale Earth Observation framework is the only one, to the best of our knowledge, that can be compared to the herein framework as both use the same technological pillars (cloud computing, artificial intelligence, and satellite data) to produce scalable benthic habitat mapping products. Nevertheless, a qualitative and quantitative comparison of all the aforementioned mapping results would enable a better technical understanding of the challenges around these endeavors. Additionally, this would allow us to overcome the arising challenges towards continental and global-scale seagrass mapping following the examples of existing related global-scale EO frameworks and products: the Global Forest Watch (Hansen et al., 2013), the Global Mangrove Watch (Bunting et al., 2018), and the planetary-scale mapping of surface water (Pekel et al., 2016), and tidal flats (Murray et al., 2019).

Applying our pan-Mediterranean seagrass extent estimate of 19,020 km2 between 0 and 25 m and the region-specific seagrass carbon storage of Fourqurean et al. (2012), we estimate a 722.2 million MgC of blue carbon storage for all P. oceanica seagrass meadows in all 22 countries (Supplementary Table S3). Furthermore, applying our extrapolated bioregional extent estimate of 22,984 km2 between 0 and 35 m, we estimate 872.7 million MgC of P. oceanica seagrass blue carbon storage (Supplementary Table S4). While these bioregional and their underlying national blue carbon accounts are based on a single region-specific seagrass carbon estimate—and not on more accurate and dense country-specific data—we envisage that a broader availability of the latter data at the nationwide scale will unlock standardized, spatially explicit monitoring programs of seagrass blue carbon in and beyond the basin. These monitoring programs and their provided spatial accounts are expected to aid effective blue carbon policy actions and much-needed investments, especially in countries with large yet unaccounted seagrass carbon sinks (Macreadie et al., 2019; Macreadie et al., 2021).

Within the era of Space Renaissance that we are currently traversing, the stability and frequency of the cultural heritages that constitute the Copernicus Sentinel and Landsat satellite data collections could facilitate the transformation of comparable cloud-native frameworks into powerful, global decision support and knowledge systems that will:

	a) Enhance the effective protection and management of seagrasses and their vital ecosystem services and functions.

	b) Strengthen climate change resilience through the promotion and assessment of the role of seagrasses as a nature-based solution to climate change.

	c) Assist the accounting of the seagrass-related Sustainable Development Goals and enforce their alignment with Nationally Determined Contributions and Ecosystem-based Adaptation approaches.



Namely, a new project entitled “Global Seagrass Watch” is established to impel this Earth Observation framework into a long-term standardized ecosystem accounting system. Its near-future implementation will empower scientists, governments, and policymakers to develop tangible solutions beyond their standard operating procedures in terms of communication, partnerships, and actions for the entirety of the coastal seascape environment.The latest advances in Earth Observation, namely the democratization and widespread availability of satellite data, AI, and cloud-based, large-scale satellite data processing paired with human-labeled reference data, allowed the adaptation of the cloud-native framework of this project in an innovative and scalable way. This scalability yielded in the present study bioregional seagrass ecosystem accounts with increased accuracy, cost and time-efficiency, as well as automation. Following the availability of suitable reference data and big satellite data analytics, we envisage that the present spatially-explicit seagrass ecosystem accounting effort will assist in paving the way towards future national to bioregional-scale accurate accounting of seagrass extent and related blue carbon stocks following recent mapping efforts (Murray et al., 2019; Serrano et al., 2019; Lyons et al., 2020) and needs (Macreadie et al., 2019).
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Seagrass meadows’ ability to capture carbon through sequestering autochthonous carbon via photosynthesis means they could represent a potential nature-based solution to rising carbon emissions. In multispecies seagrass communities, and due to species introduction or predicted range shifts, it is important to know which species deliver different carbon sequestration gains to inform conservation actions. Large benthic chamber experiments (volume = 262L) assessed the seasonal and spatial variation in metabolism dynamics of the endemic and dominant Mediterranean seagrass, P. oceanica whilst small benthic chamber experiments (volume = 7L) compared the dynamics between, P. oceanica the native C. nodosa and non-native H. stipulacea. Within shallow P. oceanica edge habitat lower Net Apparent Productivity (NAP) occurs in autumn (  = 1.3, SD ± 2.95 O2 mmol m-2 d-1) compared to summer (  = 9.9, SD ± 2.75 O2 mmol m-2 d-1 corresponding with periods of light limiting and light saturating conditions, but it remains overall autotrophic annually (2.3 C mol m-2 yr-1). However, spatial heterogeneity exists, the center areas of P. oceanica were more productive (NAP   =19.7, SD± 3.83 O2 mmol m-2 d-1) compared to edge habitat with spatial changes in productivity relating to plant surface area (96%), shoot density (81%), blade length (72%) and seagrass percentage cover (64%). Under comparative conditions in a sparse multispecies area of the meadow the species demonstrated different capacities for carbon fixation. H. stipulacea was carbon positive and P. oceanica fluctuated between positive and negative carbon balance suggesting both can maintain a balance between carbon fixation and carbon utilised for metabolic activity. In contrast the C. nodosa here would be expected to deteriorate as it was utilising carbon more than it was fixing (NAPN2 (  = -0.0012, SD ± 0.0007 O2 mmol cm-2 d-1). This study demonstrates that not all seagrass habitat is equal. If seagrass meadows are to play a part in mitigating CO2 emissions, variability in primary productivity within seagrass meadows needs to be accounted for to produce accurate total fixed carbon estimates, and subsequently autochthonous carbon sequestration estimates. This means seagrass meadow species composition and the condition of these meadows must be better understood.
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1 Introduction

Seagrass meadows act as a major global carbon sink (Duarte et al., 2013), therefore restoration or expansion of seagrass beds represent a potential nature-based solution to rising carbon emissions. Seagrasses capture carbon through actively sequestering autochthonous carbon by photosynthesis and passively trapping allochthonous carbon within their architectural structure. Allochthonous carbon is typically considered more labile, therefore deposits of autochthonous carbon are those expected to lead to long-term stable carbon deposits (Mazarrasae et al., 2018). The metabolic rates of global seagrass communities favour net autotrophy, with temperate meadows typically favoured to have a higher net autotrophy than tropical meadows (Duarte et al., 2010), suggesting not all seagrass is equal in its ability to sequester carbon.

The temperate seagrass Posidonia oceanica forms vast monospecific meadows in the Mediterranean and is unique in its ability to form vertical mattes that can store sedimentary carbon for millennia (Mateo et al., 1997). It is perhaps why some herald these meadows to represent the global maximum in carbon sequestration among seagrasses (Lavery et al., 2013). Unlike terrestrial soils, Posidonia sediments have the potential to not become saturated with carbon over time because they can accrete vertically (Mateo et al., 1997; Samper-Villarreal et al., 2018). If the vertical accretion matches the rate of sea level rise, they potentially have a limitless capacity, which in part demonstrates their suitability for climate mitigation policy efforts (McKee et al., 2007; Howard et al., 2017). However, P. oceanica meadows have undergone severe regression in the last 50 years (34% loss), with only localised areas of persistence and growth (Telesca et al., 2015). The causes of decline for P. oceanica include water quality degradation, coastal modification, mechanical damage (i.e., bottom trawling, anchoring, mooring, culture farm occupation), extreme weather events and non-native macroalgae invasion (Santos et al., 2019).

At the Mediterranean scale, P. oceanica populations in the Western and Eastern basins maintain genetic differentiation due to present-day dispersal limits (Arnaud-Haond et al., 2007). There is a greater distribution of P. oceanica in the Eastern basin (713,992 ha) compared to the Western basin (510,715 ha) (Telesca et al., 2015). Despite the genetic variation between basins and larger coverage in the Eastern Mediterranean basin, the majority of P. oceanica metabolism estimates have come from the Western Mediterranean basin (Frankignoulle and Bouquegneau, 1987; Holmer et al., 2004; Gazeau et al., 2005; Barron and Duarte, 2009; Olive et al., 2015; Champenois and Borges, 2018). There is a single published study on P. oceanica metabolism in the Eastern Mediterranean basin, in the western region of the Aegean Sea (Apostolaki et al., 2010). Metabolism and carbon sequestration estimations for P. oceanica are considered one of the most well researched amongst seagrass species (Nordlund et al., 2018), yet there are distinct local knowledge gaps and spatial biases, particularly within the Eastern Mediterranean basin that need to be addressed. In the Eastern Mediterranean basin, the sea surface has warmed by 0.05 ± 0.009°C yr-1 compared to just 0.03 ± 0.008°C yr-1 in the Western Mediterranean basin from 1985 to 2006 (Nykjaer, 2009). Given the Eastern Mediterranean basin is warming faster than the Western Mediterranean basin understanding if the metabolism and drivers of productivity are different in Eastern vs Western Mediterranean seagrass is important.Seagrass metabolism is influenced by multiple variables including light (Champenois and Borges, 2018), nutrient availability (Holmer et al., 2008; Apostolaki et al., 2010), and temperature and ocean acidification (Berg et al., 2019); which leads to seasonal fluctuations in productivity. Seagrass depth distribution is determined by light availability, as under insufficient light conditions the plant does not meet the photosynthetic requirements needed to maintain positive metabolic and carbon balance (Ralph et al., 2007), moving away from a state of net autotrophy and net carbon storage. Although seagrass presence is a function of the accumulative light availability throughout the year as this will change seasonally from periods where light is limiting to periods where it is potentially light saturating. The optimal thermal conditions for P. oceanica are between 17 - 20°C (Champenois and Borges, 2018), therefore its metabolism both above and below these conditions, is not optimal for maximum oxygen production and is more likely to become heterotrophic. Annual patterns of P. oceanica metabolism therefore comprise periods that alternate from negative to positive carbon balance as temperature and light availability change with seasons (Alcoverro et al., 2001). Further to this P. oceanica meadows are known to undergo seasonal senescence, leading to the shedding of >85% of leaf material at the end of Summer (Ott, 1980; Cebrian and Duarte, 2001). If metabolism estimates were produced only during the summer months it would overestimate the meadow’s net carbon sequestration capacity (Champenois and Borges, 2012). Notably as stable carbon stocks rely on autochthonous carbon deposits, we will also assess key environmental parameters that influence photosynthesis in these different seasons: for example change in light and temperature.Seagrass meadows are not always a uniform habitat and whilst P. oceanica meadows can form continuous meadows, patchy coverage across meadows is common. Patchy P. oceanica creates complex seascapes, which are mosaics including habitats of sand, P. oceanica dead matte and live P. oceanica (Borg et al., 2006; Abadie et al., 2015). This complexity also acts within a P. oceanica meadow, because at the junction between the seagrass and adjacent habitats there are considerable edge effects, resulting in distinct areas of central and edge P. oceanica habitat (Abadie et al., 2018). Meadows that experience a wave exposure gradient from low to high energy develop patchier meadow formation (Folkard, 2005; Pace et al., 2016). Anthropogenic factors have also increased patchiness including anchoring, impact from historic military activity, fishing practices and fish farming (Montefalcone et al., 2009; Abadie et al., 2015). When a P. oceanica meadow is described as patchy it has lower overall cover, more complex patch shapes and reduced within-patch architectural complexity (Pace et al., 2016). This patchiness influences the available surface of photosynthetically active plant material. It is therefore important that in this study we consider the spatial variation in canopy architecture of P. oceanica when considering its area based carbon sequestration potential, and not just take estimates from pristine intact meadows.The Mediterranean temperate-tropical combination of seagrass species is considered a unique bioregion of seagrass diversity (Short et al., 2007). Alongside the dominant endemic P. oceanica, the next most prevalent species in the Aegean Sea is the native Cymodocea nodosa. The eastern region of the Aegean Sea also sits at a crossroad for alien species expansion (Pancucci-Papadopoulou et al., 2012), including the non-native seagrass Halophila stipulacea, introduced to the Mediterranean and first reported in 1894 off the Island of Rhodes in the south-eastern region of the Aegean Sea (Fritsch, 1895; also see Halophila decipiens, Gerakaris et al., 2019). H. stipulacea was listed amongst the ‘100 Worst Invasive Species’ in the Mediterranean (Streftaris and Zenetos, 2006). However, there are discrepancies in whether it should be considered ‘invasive’ or not as no ecological consequences of its introduction and spread in the Mediterranean have been reported (Williams, 2007). Scarce research has focused on its potential impact or contribution to ecosystem services within Mediterranean coastal ecosystems, yet H. stipulacea habitat was recently suggested to support carbon sequestration (Apostolaki et al., 2019; Wesselmann et al., 2021). Given H. stipulacea is one of the longest monitored non-native species in the Mediterranean, there has been a clear lag from reporting its presence and rate of expansion, to understanding its impact within the communities where it has successfully established.In the Mediterranean H. stipulacea can be found in single species meadows, multi-species meadows with the native Cymodocea nodosa, in the free spaces between patches of P. oceanica or in habitats previously devoid of seagrass (Boudouresque et al., 2009). Whilst there are reports of its ‘invasive’ behaviour on sandy substrata when it exists in high abundances, no displacement of native species has yet been reported (Tsiamis et al., 2010). Given that H. stipulacea has various contexts in which it can be found in the Mediterranean its contribution to community productivity may be context dependent. When H. stipulacea has colonised areas previously absent of seagrass its presence has increased the distribution of seagrass habitat in the Mediterranean, this is one reason why it can be considered a new potential blue carbon sink habitat (Apostolaki et al., 2019; Wesselmann et al., 2021). The potential of H. stipulacea to also influence the net productivity of mixed seagrass habitats, especially considering evidence it can colonise patchy areas of bare ground where P. oceanica may have been present in the past (Telesca et al., 2015), will also be assessed in this study.This study will firstly determine if seasonal differences in metabolism measurements occur for shallow P. oceanica meadows in the eastern region of the Aegean Sea and the relative influence of the concurrent seasonal changes in light, temperature, and seagrass canopy height, on net productivity. These seasonal measurements will provide a conservative estimate of annual total fixed carbon. Secondly in the summer we will assess if spatial variation in productivity exists between edge and central P. oceanica habitat and if various plant biometrics can be used to describe any variation in spatial plant productivity. Finally, we assess if variation in species-specific metabolism exists between both native seagrass species P. oceanica and C. nodosa in direct comparison to the non-native seagrass species H. stipulacea. Our results will contribute to suitable Mediterranean scale carbon budgets which take into account the variation in total fixed carbon produced by Mediterranean seagrass.



2 Methods


2.1 Study Site

This study took place at Vroulia Bay (37.317460° N, 26.724704° E), Lipsi Island, which is part of the Dodecanese Islands, in the eastern region of the Greek Aegean Sea. The bay consists of a multispecies seagrass meadow, largely dominated by monospecific areas of P. oceanica. However, the bay also houses small monospecific patches of C. nodosa and H. stipulacea, as well as areas where two or all three of the species form mixed meadows (Supplementary Figure 1).



2.2 Experimental Design

This metabolism study exists in two parts. Firstly, and primarily, large benthic chamber experiments focus on the seasonal and spatial metabolism dynamics of P. oceanica from within monospecific shallow P. oceanica (2m depth). Seasonal P. oceanica sampling occurred in autumn (3rd – 9th November 2018), spring (12th – 19th April 2019) and summer (2nd - 12th July 2019); whilst spatial P. oceanica sampling occurred only in summer (2nd July – 12th August 2019).

Secondly small benthic chamber experiments from a deeper area (7m depth) of the same meadow where all three seagrass species are found mixed focus on comparative metabolism dynamics of P. oceanica, C. nodosa and H. stipulacea, in summer (20th June – 17th July 2019) (Full sampling regime available in; Supplementary Table 1).


2.2.1 Seasonal and Spatial P. oceanica Metabolism -Large Benthic Chamber Setup

Large dome-shaped clear PVC benthic chambers (diameter = 1 m, height = 50 cm, benthic surface area = 0.79 m2, volume = 262 L) were deployed via free divers (Figure 1) in shallow monospecific P. oceanica (1.6 - 2 m depth). PME miniDOT® loggers were fitted to the apex of the chamber, to record dissolved oxygen and temperature in 10 minutes intervals. HOBO Pedant® loggers were fixed and weighted flat to the seafloor within the benthic chambers to record relative irradiance in 5 minutes intervals. The HOBO loggers were calibrated under controlled light and temperature facilities in Essex before being sent out to the field site. In our experience pre-calibration differences between newly purchased HOBO loggers are always minimal. A submersible pump was secured to the inside of the chamber 30 cm from the seafloor to mix water at a flow rate of 480 L hr-1 in 10 minute intervals (10 minutes on followed by 10 minutes off), as such the overall flow rate within the chamber was considered to be 240 L hr-1. The benthic chambers were held in place by large chains and sank 5 cm into the sediment to create a seal. Given the morphology and typically large aboveground biomass of P. oceanica, the large benthic chambers combined with internal mixing support sufficient volume of water inside the chamber relative to vegetative biomass to prevent oxygen saturation (Olive et al., 2015), and prevent oxygen saturation (Supplementary Figure 2). The benthic chambers were deployed within the same 2 hour timeframe each morning (10:45 am -12:45 pm) then left in situ for 24 hour (autumn and summer) or 23 hour (spring) incubations.




Figure 1 | Large benthic chamber setup (A) Deployed in autumn over P. oceanica edge habitat (B) Deployed in summer over dense central P. oceanica meadow. (C) Setup of the internal water pump (foreground) within bare sand incubation. External submersible pump battery pack in background. (D) Illustration of large benthic chamber set-up. Photographs © Emma A Ward, Illustration © Tom Wade.



The large in situ benthic chambers were deployed over edge habitat in autumn, spring and summer. For this study we consider patchy edge habitat to be within the fringing 1m of P. oceanica before the transition point from continuous P. oceanica (> 2m) to sand or the entirety of small P. oceanica patches (< 2m), because patches of P. oceanica< 2m in size are assumed to consist entirely of edge habitat due to the proximity of the centre of the small patch to the edge. Edge habitat creates a good seal at the base of the large benthic chambers because of the high proportion of sand to low proportion of rhizome. Simultaneously a large benthic chamber was placed over the adjacent unvegetated habitat to collect bare sand incubations. We have used a sand-based control given we are studying patchy and shallow beds and therefore they are not sitting on as established matte, however a dead seagrass matte control achieved by cutting live material away from a chamber’s area would be an alternative, in our case using bare sand incubations also limits any impacts to our study meadow. If it was not possible to simultaneously deploy the bare sand incubations, they were deployed the day after the first incubation was completed, although this only occurred once (Supplementary Table 1).To achieve a comparison between fragmented edge seagrass habitat and the continuous central meadow, in summer benthic chambers were placed over P. oceanica within the meadow centre in addition to those deployed over edge habitat. Within dense areas of P. oceanica the rigid PVC benthic chamber likely cut the rhizomes and roots, however the stress caused is generally considered marginal (Champenois and Borges, 2012). The summer bare sand incubations collected simultaneously to the summer P. oceanica edge habitat (n = 4) were used as the control to summer central measurements (Full sampling regime available in; Supplementary Table 1).



2.2.2 Species Specific Productivity -Small Benthic Chamber Setup

An area within Vroulia bay was chosen where all three species were in proximity, therefore maintaining as much as possible similar in situ environmental conditions for each species (appx. 7m depth). An area of patchy mixed meadow transitioned in areas from P. oceanica dominant to C. nodosa dominant, with scarce intermittent presence of clumps of H. stipulacea, as such this was chosen for the metabolism measurements focusing on P. oceanica and C. nodosa (Supplementary Figure 1). The use of the small chambers allowed for complimentary experimental questions to occur in the summer 2019 field season, but also enabled sampling to take place in the deeper multispecies area of the meadow where we could not safely deploy the large chambers with the equipment we had.

Care was taken to avoid placing benthic chambers over mixed species compositions and generally the benthic chambers only encompassed the intended dominant species. Two of five C. nodosa chambers covered a small amount of either P. oceanica or H. stipulacea. Nevertheless, in those instances C. nodosa represented 93% and 96% of the total seagrass plant surface area within the chamber and therefore these two replicates were still considered representative of C. nodosa patches. One of six P. oceanica chambers covered a small amount of H. stipulacea but P. oceanica represented 98% of the total plant surface area within the chamber and therefore was also considered representative of P. oceanica. Directly adjacent to the P. oceanica and C. nodosa was a monospecific area of H. stipulacea, which was utilised for the metabolism measurements focused on this species.

Three smaller clear dome PVC benthic chambers (diameter = 30 cm, height = 15 cm, benthic surface area = 0.071 m2, volume = 7 L) were deployed by free divers, secured with a small chain and sank into the sediment to create a seal (Figure 2). The benthic incubations took place for each seagrass species consecutively; H. stipulacea 20th June – 5th July, C nodosa 10th – 14th July and P. oceanica 14th – 17th July. A bare sand incubation was simultaneously deployed every day. The same oxygen, light and temperature loggers and temporal sampling methods were used as per the large domes described above. The benthic chambers were deployed within the same half an hour timeframe each morning (11:00 - 11:30 am) and left in situ for ~ 23 hours. As H. stipulacea and C. nodosa are smaller seagrass species with lower above ground biomass, the small benthic chamber design should sufficiently provide a suitable volume of water to vegetative biomass to prevent oxygen saturation. The P. oceanica within this area of the bay is naturally patchy and short, which should also accommodate the smaller chamber size and volume (Figure 2B). There was no mixing present inside these small benthic chambers, given water motion reduces the thickness of the diffusion boundary-layer which in turn allows for a higher carbon availability on the plant surface (Koch, 1993), these smaller benthic chambers likely underestimate the carbon flux taking place in situ with water motion present.




Figure 2 | Small benthic chamber setup (A) Deployed over short patchy P. oceanica habitat (B) Aerial view above patchy P. oceanica chambers deployed. Photographs; A and B © Jente van Langerak.





2.2.3 Quantifying Seagrass Canopy Within the Benthic Chamber

The quantity of seagrass canopy enclosed within all benthic chambers was quantified; large benthic chambers a representative sample was selected, measured in situ and scaled up to reflect the full chamber; small chambers had all the leaf material collected and measured back at the lab.

For seasonal large benthic chambers, blade length (Blength) (cm) from 5 – 6 randomly selected blades were measured from the P. oceanica enclosed within the chambers to reflect canopy height and broadly represent the biomass enclosed within the chambers across seasons. In the summer several additional measurements were taken from the seagrass within the benthic chambers. P. oceanica coverage (Cover) (%) was estimated once the benthic chamber was deployed reflecting the percentage of seagrass cover within the entirety of the chamber. When the benthic incubations were complete three 20 x 20 cm quadrats were placed on the P. oceanica enclosed within the chamber to determine shoot density (ShootD) (m-2). To establish a proxy of the plant surface area for individual P. oceanica shoots enclosed (ShootSA) the following was also acquired; the number of blades (BNumber) (shoot-1) from 5 - 6 randomly selected shoots; blade length (Blength) and blade width (Bwidth) (cm) from 5 – 6 randomly selected blades:

	

Seagrass cover (%), ShootD and Blength representative of canopy height were all used as standalone plant biometrics. However, in combination these seagrass biometrics and ShootSA determine plant surface area (PlantSA) (cm2 m-2) within each chamber, calculated as:

	

For the small benthic chambers all leaf material from within the chambers was collected by cutting the leaves leaving the rhizome and roots, this along with the small sample size within these chambers’ limits damage to the overall sampling area. The aboveground leaf material was transported back to the lab where they were separated from any dead leaf litter and all individual leaves were photographed using a digital camera, on a white background. The planar surface area of all seagrass leaves within corresponding benthic chambers were determined, by Image J software, (modified from, Schneider et al., 2012). This was converted into plant surface area (PlantSA) (cm2 m-2) by doubling the planar surface area and dividing by the chamber benthic surface area (A) (m2).

	




2.3 Community Metabolism Calculations

The record from the PME oxygen logger was used to calculate net community productivity for every 10-minute interval over each 24-hour period (NCP24) (modified from Cole and Pace, 2000):

	

where DO is dissolved oxygen. This was applicable to the autumn and summer large benthic chamber P. oceanica samples when 24-hour incubations were completed.

The spring P. oceanica and mixed species incubations were completed across 23-hour incubations missing one hour of daylight incubation. HOBO Pendant® light intensity data was used to distinguish hours of daytime (Hd) from hours of night (Hn). Daytime NCP (NCPDaytime) (Champenois and Borges, 2012; Rodriguez et al., 2016) was calculated whereby Hi is the daylight incubation time:

	

The change that occurred during the night-time dark period (Hn) were summed over the whole night to calculate CRNight, which has a negative sign, as follows:

	

For 23-hour incubations the combination of the net community change during the daytime (NCPDaytime) and night-time dark period (CRNight) determine NCP across 24 hours (NCP24):

	

Since the benthic chamber incubations do not acquire a direct measurement of CRDaytime, we assume the hourly value of CRNight and CRDaytime are equal (Cole and Pace, 2000):

	

This allows daily community respiration (CR24) to be found:

	

GPP24 is then calculated as:

	

Measurements of metabolism (with units of O2 mg L-1 d-1) were converted to measurements of flux (with units of O2 mol m−2 d−1) (Olive et al., 2015), by multiplying by volume (V) and dividing by area (A) of the benthic chamber.

The photosynthetic and respiratory quotient of 1 mol of O2: 1 mol CO2 is applied to terrestrial plants that use starch and sugars as respiratory substrates, as observed in P. oceanica (Alcoverro et al., 2001). The photosynthetic and respiratory quotient of 1 mol of O2: 1 mol CO2 is conservatively applied to a wide number of seagrass species (Duarte et al., 2010) and therefore also used for H. stipulacea and C. nodosa. Therefore, the metabolism values are interchangeable as units of oxygen or carbon (O2 mol m−2 d−1 and C mol m−2 d−1).



2.4 Net Apparent Productivity Calculations

The net apparent productivity (NAP) of the seagrass and epiphytes (modified from Murray and Wetzel, 1987), was calculated as the difference between estimates for the NCP24 of the seagrass benthic chambers (NCPSG) and the average NCP24 of the bare sand incubations (NCPBS) (Murray and Wetzel, 1987) from the same corresponding season. Whilst there may be differences between the habitats beyond the presence and absence of vegetation the calculation of NAP is made on the assumption the prime difference between the vegetated and unvegetated benthic chambers is the presence of the seagrass and epiphytes. In fact, the expected contribution of epiphyte productivity is deemed minimal due to the overall high biomass of P. oceanica to that of the epiphytes (Cox et al., 2015), therefore the large benthic chamber NAP is assumed to primarily reflect the productivity of the P. oceanica.

	

To account for seasonal changes in seagrass canopy the seasonal NAP measurements were also standardised by the concurrent seasonal canopy height (Blength) within the large benthic chambers and presented separately as NAP canopy-height-normalised flux (NAPN) (O2 mmol m−2 cm−1 d−1).

	

Accounting for the metabolism of the community within a seagrass meadow is important to determine the net productivity at a community level, but as the autotrophy within the community is largely attributed to the primary productivity of the seagrasses (Hemminga and Duarte, 2000), distinguishing the NAP and NAPN enables a clearer determination of the influences driving this metabolic component of the community. Justifying the approach to distinguish between NCP (proxy of community metabolism) and NAP (proxy of plant productivity) within the seagrass meadow ecosystem, as seasonal community metabolism may partially mask the drivers in seagrass productivity. However, NCP estimates are widely accepted for benthic chamber metabolism studies within seagrass meadows (Duarte et al., 2010; Olive et al., 2015), because they clearly quantify the extent to which the overall community is a carbon sink or source. Hence, we also chose to present our results in NCP as it allows for closer comparisons to existing NCP estimates.To determine the NAP of the small benthic chambers the average NCP of the bare sand incubations deployed at the same time as the corresponding seagrass species were used. Given each seagrass species were deployed consecutively the corresponding bare sand incubations were grouped; thus, 20th June – 5th July (n = 6) corresponding to H. stipulacea, 10th – 14th July (n = 3) for C. nodosa and 14th – 17th July (n = 3) for P. oceanica. Given the differences between these species typical above ground biomass comparative NAP is most appropriately discussed when accounting for these differences in biomass. NAP is therein presented standardised by the respective plant surface area as NAP plant-surface-area-normalised flux NAPN2 (O2 mmol cm−2 d−1), calculated with the plant surface area from within the small benthic chambers (cm2 m−2).

	



2.5 Data Analysis


2.5.1 Seasonal P. oceanica NCP, NAP and NAPN

The three samples from winter and spring and four samples in summer, meant finding an appropriate data distribution suitable for the seasonal P. oceanica benthic chamber data is challenging, but Shapiro-Wilk tests confirmed that when grouped by Season both the NCP and NAP conform to normal distribution (autumn W = 0.9903741, P > 0.05; spring W = 0.8167365, P > 0.05; summer W = 0.9591216, P > 0.05) (Supplementary Figure 3). Whilst Bartlett’s test confirmed equal variances across both the NCP and NAP seasonal groups (K = 0.00952, P > 0.05). Therefore, ANOVAs were appropriate and were used to assess if there was a significant seasonal difference in P. oceanica NCP, NAP and NAPN. Tukey post hoc tests were used in each case to test for pairwise differences between the seasons.



2.5.2 Influence of Environmental Conditions on P. oceanica NAP

The mean PME miniDOT water temperature was calculated across each incubation period. HOBO logger irradiance (lux) were converted to PAR (photosynthetic active radiation), according to the conversion factor appropriate to the light source ‘daylight’ (Thimijan and Heins, 1983), this converts the light intensity into a more useful measure than the standard lux reported by the logger. The Instantaneous PAR with the unit μmol s-1 m-2 is used to calculate Daily Light integral (DLI) given the time interval in seconds (t) between each PAR reading over each 24-hour period:

	

The DLI is presented with the unit mol m-2 d-1.


To examine the change in P. oceanica NAP relative to the changing light environment, the photosynthesis-irradiance relationship was fit with a hyperbolic tangent function (Jassby and Platt, 1976), modified to account for respiration (Rheuban et al., 2014), as used for the seagrass species in question (Koopmans et al., 2020). The model fitted was:

	

where Pmax, Ik and RI are fitting constants; Pmax represents the maximum photosynthetic rate, Ik is the saturation irradiance, RI is respiration, and I is available light. The parameters were estimated by non-linear least squares approach (nls function, R version 3.5.1), estimating approximate start values. The irradiance compensation point is the irradiance at which net oxygen production equals zero. If no light saturation is occurring, this function converges to a linear function, (Rheuban et al., 2014). To determine the most appropriate model for both the saturation curve and linear model an Akaike Information Criterion approach was used (Burnham and Anderson, 2002).

As there was no significant interaction between temperature and seasonal NAP (F1,4 = 0.189, P > 0.05), or significant effect when temperature is assessed as a covariate for change in seasonal NAP by ANCOVA (F1,6 = 2.1154, P > 0.05) (Supplementary Figure 4). The maximal model to assess for significant effect of temperature on NAP was by ANOVA.



2.5.3 Annual P. oceanica Productivity

Annual NAP and NCP was estimated by scaling up the three average seasonal daily NAP and NCP measurements; the November measurement was chosen to represent the period between October to January (123 days), April represented the period from February to May (120 days) and July represented June to September (122 days):

	



2.5.4 Influence of Spatial Dynamics on P. oceanica NAP

A Welch’s t-test, to account for unequal sample size, is applied to determine if the NAP differs between the central meadow area and the meadow edge. Then linear regressions are applied to the summer NAP measurements to determine if the difference in central meadow and meadow edge relate to changes in plant surface area, percentage cover, shoot density and blade length. Comparison of the R2 values provides an understanding of which seagrass biometric account for the variation in NAP and are the best spatial predictor for P. oceanica NAP.



2.5.5 Species Specific Productivity Comparison

The comparative species-specific NAPN2 data conforms to a normal distribution (W1,7 = 0.922, P > 0.05) and an ANOVA was used to assess if there was a significant difference in NAPN2 between seagrass species during summer. The NAP standardised for plant surface area also confirmed to normal distribution (W1,7 = 0.968, P > 0.05) therefore an ANOVA was used here also, and Tukey post hoc tests confirmed any pairwise differences between species.





3 Results


3.1 Seasonal P. oceanica NCP, NAP and NAPN


The P. oceanica meadow NCP is greater than the bare sand incubations in every season (Figure 3A). In autumn, the P. oceanica community is overall heterotrophic, as CR is greater than GPP (. 3 B and C). However, the oxygen deficit is still greater in the community without seagrass (NCP (  = -3.1, SD ± 7.62 O2 mmol m-2 d-1), than in the P. oceanica community (NCP   = -1.8, SD ± 2.95 O2 mmol m-2 d-1) (Figure 3A). There is a significant seasonal influence on P. oceanica NCP (F2,7 = 10.924, P< 0.05). Pairwise post hoc comparisons show NCP is significantly higher in spring (NCP   = 7.6, SD ± 2.84 O2 mmol m-2 d-1) and summer (NCP   = 7.1, SD ± 2.75 O2 mmol m-2 d-1), compared to autumn when it is heterotrophic (Tukey: P< 0.05). There is no significant difference in NCP between the spring and summer.




Figure 3 | (A) Net community productivity (NCP), (B) Gross primary productivity (GPP) and (C) Community respiration (CR) of P. oceanica meadow edge (grey) and bare sand incubations (White) determined across seasons with large benthic chambers; autumn (November), spring (April) and summer (July). Error bars represent standard deviation (autumn and spring n = 3, summer n = 4).




During the transition from autumn to spring there is a large increase in GPP (GPP   = 18.3, SD ± 7.11 O2 mmol m-2 d-1 to GPP   = 62.3, SD ± 43.53 O2 mmol m-2 d-1, Figure 3B) and a simultaneous increase in CR (CR   = 20.2, SD ± 9.21 O2 mmol m-2 d-1 to CR   = 54.7, SD ± 40.75 O2 mmol m-2 d-1, Figure 3C). However, the increase in GPP is greater than the increase in CR transitioning the P. oceanica meadow from heterotrophic in autumn to autotrophic in spring (Figures 3B, C). The P. oceanica meadow stays in an autotrophic state in the Summer (Figures 3B, C) registering its highest GPP (GPP   = 85.6, SD ± 67.52 O2 mmol m-2 d-1, Figure 3B), but also its highest CR (CR   = 78.6, SD ± 67.51O2 mmol m-2 d-1, Figure 3C). The increase in GPP is not as great as the increase in CR, therefore the NCP is lower in summer compared to spring (Figure 3A). Further to this, bare sand incubations have a higher metabolic rate in the summer (NCP   = -2.9, SD ± 0.74 O2 mmol m-2 d-1) compared to the spring (NCP   = -0.3, SD ± 0.65 O2 mmol m-2 d-1, Figure 3A).Whilst the P. oceanica NCP is highest in spring, P. oceanica NAP is highest in summer (NAP   = 9.9, SD ± 2.75 O2 mmol m-2 d-1) (Figure 4A). There remains a significant seasonal difference in P. oceanica NAP (F2,7 = 8.3885, P< 0.05). However, Tukey post hoc comparisons found NAP is only significantly lower in autumn compared to summer (Tukey: P< 0.05). Although there is an observational difference in NAP between the autumn (NAP   = 1.3, SD ± 2.95 O2 mmol m-2 d-1) and spring (NAP   = 7.9, SD ± 2.84 O2 mmol m-2 d-1) the difference is not significant. There remains no significant difference in NAP between the periods of highest productivity in spring and summer.




Figure 4 | (A) Net Apparent Productivity (NAP) and (B) NAP canopy-height-normalised flux (NAPN) of P. oceanica meadow edge determined across seasons with large benthic chambers. Autumn and spring n = 3, summer n = 4. Error bars represent standard deviation.




The canopy height within the edge P. oceanica habitat is lowest during autumn (  = 15.4, SD ± 2.84 cm), this increases into spring (  = 22.3, SD ± 4.77 cm) and peaks during summer (  = 25.1, SD ± 5.90 cm). P. oceanica NAPN is lowest in autumn and most variable within autumn (NAPN  = 0.01, SD ± 0.201 O2 mmol m-2 cm-1 d-1) (Figure 4B). In comparison P. oceanica NAPN in Summer (NAPN  = 0.4, SD ± 0.06 O2 mmol m-2 cm-1 d-1), is less varied and similar to spring (NAPN  = 0.4, SD ± 0.121 O2 mmol m-2 cm-1 d-1) (Figure 4B). Thus, the significant seasonal difference in NAPN remains, between autumn and summer (F2,7 = 6.3149 P< 0.05). There is no significant difference in NAPN between autumn and spring or spring and summer.



3.2 Influence of Environmental Conditions on P. oceanica NAP

The daily light integral ranged from 4.7 mol photons m–2 d–1 during autumn to 25.2 mol photons m-2 d-1 in the summer. Variation in environmental conditions within each season allowed for some overlap in the irradiance encountered between seasons and the P. oceanica NAP resembled a saturation curve when plotted as a function of irradiance (Figure 5A), as did the curve for NAPN (Figure 5B). When fit to the NAP dataset the AIC value of the hyperbolic tangent function versus linear model (AIC = 58.77 vs 61.72) confirmed the use of a light saturation model for demonstrating the presence of light saturation opposed to that of a linear function. The model fitting constants for NAP are Pmax= 64.853, Ik = 3.609 and RI = 55.646. The DLI conditions in autumn (minimum = 4.7 mol photons m–2 d–1) sit near the predicted irradiance compensation point (IC= 4.6 mol photons m–2 d–1) as such within the autumnal DLI range there are conditions where the plant may only just or may not maintain metabolic requirements due to low irradiance. In spring the seagrass transitions between light limiting and light saturating levels. The light saturating conditions occur throughout summer, when NAP (NAP   = 9.9, SD ± 2.75 O2 mmol m-2 d-1Figure 4A) sits near the predicted maximum (9.21 O2 mmol m-2 d-1, Figure 5A). The changes in the DLI account for 71% of the variation in P. oceanica NAP (Figure 4A). The period of summer light saturation also corresponds to when NAPN is less varied (Figure 4B).




Figure 5 | (A) Net Apparent Productivity (NAP) (R2 = 0.713) and (B) NAP canopy-height-normalised flux (NAPN) (R2 = 0.711) presented as a function of PAR given as the Daily Light Integral, for P. oceanica meadow edge determined across seasons with large benthic chambers. The irradiance compensation point (IC) was 4.6 mol photons m–2 d–1. Replicate season denoted for visual reference autumn (●), spring () and summer ().



The water temperature was lowest in spring (  = 17.7, SD ± 0.13 °C), increasing to a summer high (  = 23.6, SD ± 0.40 °C). The autumn temperatures encountered sat at a relative mid-point (  = 20.7, SD ± 0.45 °C) between spring and summer, yet the NAP was lowest in autumn. Therefore, the change in NAP and was not relative to the change in water temperature and not a statistically significant factor in our model (Supplementary Figure 4), with season (Temperature F1,6 = 2.1154, P > 0.05) or without season (Temperature F1,8 = 0.7265, P > 0.05).



3.3 Annual Productivity of P. oceanica Edge Habitat

The annual NAP of the P. oceanica edge habitat in this meadow was estimated at 2.3 C mol m-2 yr-1. However, the organisms present within the P. oceanica meadow have their own metabolic requirements (NCP without seagrass present -0.8 C mol m-2 yr-1), as such the net carbon gain at the community level for this P. oceanica meadow was less than the NAP produced annually by the P. oceanica (NCP = 1.5 C mol m-2 yr-1).



3.4 Influence of Spatial Dynamics on P. oceanica NAP

The P. oceanica NAP in summer is significantly different between the central areas of the meadow and the meadow edge (t (1,4) = 3.7647, P< 0.05). (Figure 6). The P. oceanica NAP is highest in the central areas of the meadow (NAP   =19.7, SD± 3.83 O2 mmol m-2 d-1) and approximately two-fold that of the edge habitat (NAP   =9.9, SD± 2.75 O2 mmol m-2 d-1). The P. oceanica NAP increases relative to the plant surface area of P. oceanica (LM: F1,5 = 132.5, P< 0.01) (Figure 6A). The plant surface area was the best predictor of NAP and accounted for more than 96% of the variation in NAP. As standalone biometrics of seagrass meadow metabolism, shoot density (m2), blade length (cm) and seagrass cover (%), were all significant predictors of NAP (shoot density, LM: F1,5 = 21.13, P< 0.01; blade length, LM: F1,5 = 12.98, P< 0.05; percentage cover, LM: F1,5 = 8.78, P< 0.05) but they only accounted for 81%, 72% and 64% (Figures 6B−D) of the variation in NAP of the P. oceanica.




Figure 6 | Net apparent productivity (NAP) of P. oceanica meadow edge (Black) and meadow center (grey) determined in Summer with large benthic chambers, in relation to (A) P. oceanica blade surface area (B) P. oceanica shoot density (m-2) (C) P. oceanica blade length (cm) and (D) P. oceanica cover (%). Central meadow n = 3, meadow edge n = 4. Significant linear regression from edge and central meadow combined * = P < 0.05, ** = P < 0.01. Grey bands reflect the 95% confidence level interval for predictions from a linear model.





3.5 Species Specific Productivity

The seagrass benthic communities at 7m depth are all heterotrophic at the community level, ranging from the least heterotrophic with H. stipulacea present (NCP   = -4.8, SD ± 4.7 O2 mmol m-2 d-1), followed by the community with P. oceanica present (NCP   = -7.5, SD ± 8.9 O2 mmol m-2 d-1) and finally the most heterotrophic the C. nodosa dominant community (NCP   = -10.5, SD ± 6.0 O2 mmol m-2 d-1) (Figure 7A). The difference spatially in above ground vegetative material between species is demonstrated through the increasing total plant surface between species from H. stipulacea (  = 5.1, SD ± 1.4 x10-3 cm2 m-2), to C. nodosa (  = 10.6, SD ± 9.4 x10-3cm2 m-2) and culminating in P. oceanica (  = 17.6, SD ± 7.3 x10-3cm2 m-2) (Figure 7B). However, the plant surface area is also more uniform for H. stipulacea spatially across the habitat sampled, in comparison the plant surface area of both C. nodosa and P. oceanica show higher variation between samples (Figure 7B).




Figure 7 | (A) Net community productivity (NCP), (B) Plant surface Area (C) NAP plant-surface area-normalised flux (NAPN2), for sparse H. stipulacea (n = 6), C. nodosa (n = 5) and P. oceanica (n = 6) determined in summer by small benthic chambers. Error bars represent standard deviation.



H. stipulacea NAPN2 appears to be the highest comparatively and the only seagrass species to on average maintain positive carbon balance (O2 > 0) (Figure 7C). However, variation in NAPN2 for H. stipulacea (NAPN2 (  = 0.0004, SD ± 0.0011 O2 mmol cm-2 d-1) and P. oceanica (NAPN2 (  = -0.0004, SD ± 0.0009 O2 mmol cm-2 d-1) show both species fluctuate between positive and negative carbon balance within this area of the bay in Summer (Figure 7C). Whilst C. nodosa NAPN2 is the lowest and consistently negative (NAPN2 (  = -0.0012, SD ± 0.0007 O2 mmol cm-2 d-1). A significant difference in NAPN2 does occur between species (F2,14 = 4.1922, P< 0.05). Tukey post hoc comparisons confirm C. nodosa NAPN2 to be significantly lower than H. stipulacea NAPN2 (Tukey: P< 0.05). But there was no significant difference between the native species C. nodosa and P. oceanica NAPN2 and also no significant difference in NAPN2 between H. stipulacea and P. oceanica.




4 Discussion


4.1 Seasonal P. oceanica NCP, NAP and NAPN

We found strong seasonality in P. oceanica productivity, at both the community (NCP Spring   = 7.6, SD ± 2.84; Autumn   = -1.8, SD ± 2.95 O2 mmol m-2 d-1) and plant level (NAP Summer   = 9.9, SD ± 2.75; Autumn (  = 1.3, SD ± 2.95 O2 mmol m-2 d-1), which reinforces the need for seagrass carbon sequestration studies to consider year-round dynamics, thereby ensuring carbon storage estimates are not exaggerated by only reflecting summer peaks. Similar conclusions from studies of net ecosystem productivity in freshwater lakes (Brentrup et al., 2020), temperate saltmarshes (Vazquez-Lule & Vargas, 2021) and seagrass habitat (Champenois and Borges, 2012; Caffray et al., 2014), suggest that this should be the norm. Strong seasonality of P. oceanica NCP in the Western Mediterranean typically occurs after an October minimum coinciding with increases in aboveground biomass, followed by a decrease through summer and autumn when aboveground biomass is stable and then decreases (Champenois and Borges, 2012). Similarly in the Eastern Mediterranean but within the western region of the Aegean Sea strong seasonality in NCP is apparent with a marked decrease from June to August, before reaching its minimum in October. Therefore, our study adds to the evidence that single season measures of seagrass NCP are inappropriate, given autumnal lows are a typical artifact of P. oceanica studies across the Mediterranean.

Multi-season approaches enable the assessment of seasonal drivers such as irradiance (Gazeau et al., 2005; Champenois and Borges, 2012). During autumn, the overall irradiance reaching the plant is lower as the daylight period is shorter, the likelihood of cloud cover increases, and increased frequency of stormy conditions results in greater hydrodynamic activity reducing in-water visibility. Subsequently autumnal photosynthetic activity occurs when conditions are light limiting, promoting a greater variability in productivity. In contrast light saturating levels present throughout summer, lead to a lower P. oceanica photosynthetic efficiency and saturation is evident in this study given the low variation in summer productivity. Long-term exposure to saturating irradiance decreases plant productivity and can lead to photoinhibition (Ralph and Burchett, 1995), though a decline from photoinhibition is not considered in this study. The saturation response alone has important considerations for modelling total fixed carbon, re-emphasising the importance of seasonality which is dependent on the concurrent irradiance levels. Physical disturbance to seagrass meadows such as autumnal and winter storms will seasonally reduce the available photosynthetically active plant material, i.e., as storms tear seagrass blades. Although we have considered seasonal changes in seagrass productivity (NAP) and presented this standardised by any seasonal changes in seagrass canopy height (NAPN), we have not directly measured vegetative export from the meadow over winter, which can be vast enough to create seagrass exported onshore forms called banquettes (Gomez-Pujol et al., 2013); in short – large, heaped mounds of decaying seagrass on the shoreline. The seasonal storm export of biomass from these meadows needs to be determined, because the retention of plant material is intrinsically linked to its carbon sequestration potential. Senescence the shedding and loss of leaf material at the end of the summer season which can be at a scale of >85% of P. oceanica leaf production (Cebrian and Duarte, 2001), would also lead to reduced productivity in autumn as less photosynthetically active material would remain within the meadow. In fact the canopy height of the shallow sparse P. oceanica within this meadow is notably reduced in the autumn with the loss of more mature longer blades and likely a contributary factor to the observed low productivity.Given P. oceanica meadows within the eastern region of the Aegean Sea have been noted to be fragmented in response to elevated sea surface temperatures (Chefaoui et al., 2017), it is surprising we found no statistically significant influence of temperature on the productivity of shallow water P. oceanica. Other temperate seagrass species have been shown to transition to a negative carbon balance when exposed to high summer water temperatures (Marsh Jr. et al., 1986). Although our highest average daily water temperature was above optimal thermal conditions (23.9 vs 17 - 20 °C) for P. oceanica (Champenois and Borges, 2018), this was well below P. oceanica critical temperature limits (> 29 °C). The in-situ nature of this study does not allow for the independent control of water temperature or light intensity encountered at any time, and so they are often correlated making it challenging to differentiate between them. Shallow water P. oceanica has a greater tolerance to increased water temperatures than deeper P. oceanica (Marin-Guirao et al., 2016). This heat acclimation in shallow P. oceanica emerges by stabilising respiration, thereby establishing respiratory homeostasis (i.e., balanced photosynthetic carbon gains and respiratory carbon losses; Marin-Guirao et al., 2016). This suggests that shallow P. oceanica may maintain net productivity gains at higher water temperatures for longer periods. It is also possible that the P. oceanica within the Eastern Mediterranean may have a greater acclimation to increased water temperature, as the Eastern Mediterranean basin has been exposed to higher sea surface temperatures for longer than the Western basin (since 1985) (Nykjaer, 2009). Ultimately any temperature effect on P. oceanica metabolism in this study was confounded by the strong irradiance effect and thus could not be disentangled.



4.2 Annual P. oceanica NCP and NAP

The annual net community productivity for P. oceanica meadows in our study was lower than recorded for two P. oceanica meadows previously studied in the western region of the Aegean Sea, even one negatively impacted by eutrophication (4.83 C mol m-2 yr-1) (Apostolaki et al., 2010), however that study used smaller chambers, which are more likely to cause oxygen saturation which can overestimate productivity. The annual NCP in our study was conservative as it was obtained from patchy P. oceanica edge habitat, this underestimates the meadows total fixed carbon which consisted of both dense and patchy habitat. However, in shallow water meadows, patchy edge habitat is a more prominent feature (Montefalcone et al., 2009), therefore it is an appropriate conservative annual NCP estimate. The annual NCP of 1.5 C mol m-2 yr-2 calculated for shallow P. oceanica in the Eastern Mediterranean would benefit from sampling at a bimonthly or monthly regime to better ascertain the switch point when the meadow transitions from autotrophic to heterotrophic. However annual metabolism rates of P. oceanica in the Eastern Mediterranean are rare and therefore this estimation remains important.

Our measures of P. oceanica meadow centre productivity was two-fold that of the edge habitat, therefore shallow P. oceanica meadow can support annual total fixed carbon at between 2.3 - 4.6 C mol m-2 yr-2. The carbon sequestration potential of seagrass meadows ultimately relates to how much of the total fixed carbon produced by the seagrass, i.e., the productivity, accumulates as refractory material in the seagrass meadow. It has been estimated that P. oceanica has the capacity to sequester in the sedimentary compartment around 21% of the carbon fixed by primary production (Pergent-Martini et al., 2021). However, reduced current attenuation should promote significantly higher organic carbon concentration with distance from the edge (Oreska et al., 2017). The patchiness of shallow meadows may therefore render them less effective at attenuating currents and promoting settlement of organic particles leading to a lower capacity for the sequestration of photosynthetically fixed carbon. Despite a lower potential for patchy P. oceanica to fix and sequester the fixed carbon compared to other seagrass meadows they still actively contribute to carbon acquisition within the carbon cycle. If shallow patchy P. oceanica meadows transitioned to an unvegetated state this would result in the loss of this photosynthetic carbon fixation, transitioning from an autotrophic habitat to one that functions as a carbon source (i.e., bare sand habitat). Given a total of 7139.92 km2 of P. oceanica is estimated to occur in the Eastern Mediterranean Basin (Telesca et al., 2015), and seagrass coverage within Greek waters has been estimated at 2619 km2 (Topouzelis et al., 2018), P. oceanica within Greek waters represents around 36.7% of the total P. oceanica in the Eastern Mediterranean. The quantity of P. oceanica habitat within the Aegean Sea and Eastern Mediterranean means it represents a substantial blue carbon habitat irrespective of its fragmented nature (Chefaoui et al., 2018). The further loss of this habitat would risk current climate change targets therefore seagrass meadows need distinct conservation management strategies given their proximity to current threats including impacts from human infrastructure and coastal activities (Giakoumi et al., 2015).



4.3 Spatial Dynamics of P. oceanica NAP

Metabolism measurements are typically presented as an area-based unit (Apostolaki et al., 2010; Duarte et al., 2010; Olive et al., 2015). We have shown Net Apparent Productivity to be affected by spatial variation in plant aboveground biomass, this would suggest that reported estimates may benefit from additional information on canopy height and shoot density, particularly in the case of P. oceanica. Estimates should therefore potentially move away from denoting discrete areal measurements for meadows. Instead acquiring and mapping large scale data on canopy height (shoot size) and shoot density to enable comprehensive habitat wide total fixed carbon estimates. Acquiring seagrass biometric data to support productivity estimates requires greater effort than collating presence-absence or coverage data, but simple plant biometrics of shoot density and leaf area index have been demonstrated as standalone predictors of carbon sequestration and community composition (Samper-Villarreal et al., 2016; Collier et al., 2021). High shoot density in shallow areas with a high degree of patchiness creates very specific nest-like patterns, these have their highest shoot density in the centre and decrease in density radially towards the edge of the patches (Zupo et al., 2005). Therefore, this distinction in spatial productivity between edge and central areas of P. oceanica may be a specific characteristic to consider for shallow meadows because overall shoot densities are highest in the shallow and decrease with depth (Olesen et al., 2002; Zupo et al., 2005). More work would be needed to determine if the same distinctions in shoot density and subsequent primary productivity exist between the edge and central areas of P. oceanica meadows in deeper waters. The use of chambers with a larger benthic surface area has a greater representation of community-scale metabolism, as trialled for heterogenic coral reef habitats (Yates and Halley, 2003). The use of a larger benthic chamber for P. oceanica metabolism measurements in this study (1m diameter) comprises community metabolism measurements influenced by fine scale variation in shoot density, compared to previous studies using smaller chambers (0.18m diameter), which house only a few shoots at similar densities within the benthic chamber (Gazeau et al., 2005; Barron et al., 2006).



4.4 Species Specific NCP and NAPN2

Whilst we found shallow central and edge P. oceanica meadow (2m) to be autotrophic in the Summer, P. oceanica at 7m depth, where it is found mixed with C. nodosa and H. stipulacea, fluctuated between positive and negative carbon balance. Such heterogeneity within the same bay highlights that adjacent P. oceanica patches may simultaneously undergo growth and loss. Given the health of the P. oceanica at 7m depth was decreased indicated by the reduced plant surface area (  = 17.6, SD ± 7.3 x10-3 cm2 m-2) relative to the shallow area where the plant surface area was higher (Ranging from 37.6 – 293.0 x10-3 cm2 m-2) and given plant surface area acts as a predictor of productivity in the shallower areas, lower productivity and in this case the heterotrophic nature may be explained by these characteristics. It must also be considered that our results for this comparison are influenced by differences in chamber area, volume, and incubation time.

Based on our productivity assessments alone, the non-native H. stipulacea ability to fix carbon was comparable to P. oceanica (NAPN2 (  = 0.0004, SD ± 0.0011 vs (  = -0.0004, SD ± 0.0009 O2 mmol m-2 d-1). H. stipulacea’s NAP is positive and the P. oceanica fluctuates between positive and negative carbon balance, suggesting that both can maintain a balance between carbon fixation and carbon utilised for carbon metabolic activity. Which explains why H. stipulacea has the capability to opportunistically colonise space previously occupied by P. oceanica. With regression of P. oceanica meadows well documented (Telesca et al., 2015), alongside H. stipulacea range expansion (Georgiou et al., 2016), maintenance of Mediterranean seagrass meadow areal cover through replacement of current seagrass species cover is likely. Whilst H. stipulacea has persisted within the Mediterranean since 1894 and expanded its known range (Fritsch, 1895; van der Velde and den Hartog, 1992; Gambi et al., 2009; Tsiamis et al., 2010; Sghaier et al., 2011; Georgiou et al., 2016). H. stipulacea is known to disappear and recolonise as per a metapopulation (Gambi et al., 2009), making the persistence of its sedimentary carbon stocks questionable. While questions remain, H. stipulacea is considered to be making positive contributions to community blue carbon in the eastern Aegean (Apostolaki et al., 2019). In fact, carbon sequestration into the sedimentary compartment by H. stipulacea has been estimated to be greater than P. oceanica in the Eastern Mediterranean (Wesselmann et al., 2021). However, H. stipulacea carbon sequestration is not yet greater than P. oceanica carbon sequestration estimates in the Western Mediterranean (Mazarrasa et al., 2017). H. stipulacea productivity in the Mediterranean is lower than its native range, given irradiance was the driving factor in H. stipulacea productivity within its home range in the Gulf of Aquaba and its generally tropical origins (Cardini et al., 2018), under future climate change predictions of a warming Mediterranean H. stipulacea has potential to increase its productivity, whilst the same cannot be said for P. oceanica.The replacement of P. oceanica by C. nodosa is well documented (Montefalcone et al., 2006; Montefalcone et al., 2007). This replacement is typically considered a result of C. nodosa being more tolerant to varying environmental conditions. Compared against six dominant native Mediterranean macrophytes C. nodosa presented the highest thermal optima (Savva et al., 2018). But the substitution of P. oceanica for C. nodosa is not exclusive, replacement of P. oceanica dead matte to algae dominated Caulerpa spp. habitats also occurs (Montefalcone et al., 2007). C. nodosa may not always be the ‘winner’ following loss or fragmentation of P. oceanica meadows. Whilst the C. nodosa and H. stipulacea in the deeper part of this meadow had different plant surface areas (C. nodosa  = 10.6, SD ± 9.4 cm2; H. stipulacea =   = 5.1, SD ± 1.4 cm2), when their biomass is comparable C. nodosa would be expected to deteriorate as it is utilising carbon more than it is fixing, whilst H. stipulacea would maintain a positive carbon balance. In the Southern Mediterranean replacement of C. nodosa by H. stipulacea under warmer environmental conditions has already been demonstrated to occur (Sghaier et al., 2014). Very shallow water will be readily heated by the sun, in the North Mediterranean this may provide warmer conditions closer to the tropical native range of H.stipulacea. Within our study site, but at a shallower location (0.5m depth), H. stipulacea was found mixed within dense C. nodosa beds and growing multiple paired leaves off a vertical stem (Pers. obv., Supplementary Figure 5). This is important given lateral growth is more typical of this species (Posluszny and Tomlinson, 1991; Winters et al., 2020). Vertical growth would give H. stipulacea the potential to increase its biomass relative to C. nodosa. However, C. nodosa colonisation has been shown to shift the benthic sediment community from autotrophic (e.g., microphytobenthic) to strongly heterotrophic when associated with mature stands of C. nodosa (Barron et al., 2004). Therein the negative productivity documented here in association with C. nodosa could be representative of a strong benthic community shift towards respiration within the C. nodosa enclosed benthic chambers.




5 Conclusions

This study establishes that not all seagrass habitat is equal in its capacity to fix carbon, but the variability can in part be accounted for seasonally and spatially; using environmental predictors such as irradiance; plant biometrics such as plant surface area; and determining species specific assessments particularly in mixed species seagrass meadows. Here seagrass meadows in the eastern Mediterranean have been used as an archetype to demonstrate the high levels of spatio-temporal variability in these plants ability to fix carbon. Which highlights the importance of protecting Eastern Mediterranean seagrass meadows for their capacity to naturally fix carbon, even when shallow and patchy in nature. If the true value of natural ecosystems such as seagrass meadows are to be understood particularly for their capacity to sequester carbon, finetuning knowledge to account for the natural spatial and seasonal variation in these ecosystems needs to take place.
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It is estimated that within the UK exclusive economic zone (UK EEZ), 524 Mt of organic carbon (OC) is stored within seabed sediment. However, the stability and potential vulnerability of OC in these sediments under anthropogenic stressors, such as bottom trawling activity, remains poorly quantified. To improve our understanding of the areas where sedimentary OC is likely to be at greatest risk from trawling events, we have developed a carbon vulnerability ranking (CVR) to identify areas of the seabed where preventative protection may be most beneficial to help maintain current OC stocks while further research continues to shed light on the fate of OC after trawling (e.g., remineralization, transport, and consumption). Predictive maps of currently available fishing intensity, OC and sediment distribution, and sediment OC lability have been generated within ArcGIS using fuzzy set theory. Our results show that the west coast of Scotland represents one of the key areas where sedimentary OC is potentially at greatest risk from bottom trawling activity. This is due mainly to the high reactivity of these OC rich sediments combined with the pressures of repetitive trawling activity within inshore waters. Our research shows that these OC hotspots are potentially at risk of disturbance from bottom trawling activity and should be prioritized for the consideration of future safeguarding (management) measures to ensure emissions are minimized and to provide greater protection of this natural carbon capital resource.
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1 Introduction

As marine sediments are deposited and accumulate on the seafloor, they act as a trap and long-term store (> 103 years) of large quantities of carbon (C). It is estimated that marine sediments contain 87,000 ± 43,000 Mt of organic carbon (OC) within global surficial sediments (Lee et al., 2019). It has also been predicted that globally, marine sediments may hold up to 3,117,000 Mt OC within the top 1 m (Atwood et al., 2020). These global stores of OC are estimated to increase by 160 Mt annually through accumulation and burial (Hedges and Keil, 1995). Due to the highly heterogeneous nature of sedimentary marine environments, OC is not uniformly stored but instead exhibits a high degree of spatial heterogeneity across the seabed (Hunt et al., 2020; Smeaton et al., 2021a). Under natural hydrodynamic processes, OC can accumulate and add to the long-term store within marine sediments (Berner, 1982; Hedges and Keil, 1995). However, increasing anthropogenic activity which disturbs the seabed is potentially putting these OC stores at risk, notably through elevated rates of OC remineralisation to carbon dioxide (CO2) (Duplisea et al., 2001), which may potentially contribute towards global emissions.

Fishing alongside other anthropogenic activities such as offshore drilling, aggregate dredging, aquaculture farming, and shipping exert significant pressure on benthic marine environments (Kavadas et al., 2015). Out of all these activities, bottom trawling is commonly recognised as the most frequent and widespread cause of anthropogenic disturbance and pressure on the seabed, putting coastal and shelf sea environments at risk (Kaiser et al., 2006; Rijnsdorp et al., 2016; Eigaard et al., 2017; Kenny et al., 2018). During bottom contact fishing disturbance, the resuspension of sediments occurs. This potentially results in the exposure of buried OC to oxygen-rich overlying waters, enhancing organic matter (OM) remineralisation processes (Arndt et al., 2013) and reducing the quantity of OC stored. In some regions where accumulation and deposition of OC is low or where OC is especially reactive (e.g. coastal inlets and fjords) (Smeaton and Austin, 2022), this could result in a more significant overall loss of OC from the sediment when disturbed. Resuspended OC rich sediment may also undergo lateral sediment transport, resulting in a loss of fine flocculant material from the trawl site (Epstein et al., 2022). Additional biological factors such as the reduction in biomass of flora and fauna may also negatively impact OC storage within sediments (Epstein et al., 2022).

However, it is worth noting that the loss of OC due to bottom trawling activity may be offset by a reduction of faunal bioturbation, reduced respiration rates, and an increase in primary production due to increased nutrient availability (Epstein et al., 2022). In addition to this, while sediment may be resuspended and laterally transported during trawling, this material may be deposited and stored elsewhere. Current studies investigating the net impact of bottom trawling have shown mixed results, highlighting the need for further study within this field. It is estimated that 1.3% (4.9 million km2) of the global seabed is trawled annually (Sala et al., 2021). Unlike the environmental threats to sedimentary OC stores, such as changes in ocean temperature and oxygen availability, direct anthropogenic pressures such as bottom trawling can be monitored and controlled to safeguard the most vulnerable OC stores. By managing marine protected areas (MPA’s) and highly protected marine areas (HPMA’s), it may be possible to alleviate some of this fishing pressure and protect marine life and sedimentary environments with a high OC storage capacity. However, globally, only 2.7% of the marine environment is currently under complete or high-level protection from fishing impacts, with the majority (577/1,013) of these protected areas being less than 10 km2 (Marine Conservation Institute, 2021).

It is estimated that 52% (1,606,000 Mt) of the global 1 m OC stock is located within the 200-mile Exclusive Economic Zones (EEZ) (Atwood et al., 2020). In the case of the UK EEZ, it is estimated that these marine sediments store greater quantities of OC (524 Mt) than their terrestrial equivalents (Smeaton et al., 2021a).

The UK EEZ has one of the most comprehensively mapped seabeds in terms of available sedimentary datasets. In recent years, there have been multiple studies looking at the distribution and content of OC within marine sediments in the greater North Sea region (Diesing et al., 2017; Luisetti et al., 2019; Legge et al., 2020; Diesing et al., 2021). However, more recently, fjords, estuaries, and deep-water environments have been included in these efforts, allowing the first complete spatial dataset of OC in the UK EEZ to be developed (Smeaton et al., 2021a). This improved understanding of OC distribution within the UK EEZ allows the development of new tools to assess the vulnerability of these OC stores to anthropogenic disturbances.

In this study, we use a multi-criteria decision analysis approach using open-source data to calculate and spatially define the relative vulnerability of OC in marine sediments within the UK EEZ. We evaluate the impacts of different fishing gear pressures (e.g. otter trawls, beam trawls, and towed dredging) by creating a sedimentary OC vulnerability ranking (CVR) map. This CVR map details areas of the UK EEZ seabed where surficial OC stores are at the highest risk from bottom-contact fishing activity and may highlight areas that would benefit from some form of management intervention to deliver OC safeguarding alongside other criteria for marine protection. The calculations and outputs presented for the UK EEZ represent one of the first detailed mapping efforts to understand the potential vulnerability of sedimentary OC from bottom trawling.

Within this study, vulnerability is taken to be a relative measure of the probability that an aspect (i.e. OC content) of a pre-defined geographical area is likely to be damaged or disrupted by the impact of a particular hazard, in this case, bottom trawling. In addition, we define the “loss” of OC from the seabed as the OC which is disturbed from its original depositional location after a trawling event, with the potential to be either transported and re-deposited, remineralised, or consumed. This model-based approach aims to determine which areas of the seabed contain OC that is most vulnerable to bottom trawling. However, our study does not determine the fate of these sediments after they are disturbed by trawling; neither do we consider ongoing natural processes at the seafloor. Instead, the results from this study are intended to support new decision making related to the monitoring, prioritisation of research, implementation of preventative management, and protection of the seabed within the UK EEZ.



2 Methods


2.1 Study area

The UK EEZ covers an area of 743,470 km2 (including Rockall and the Isle of Man). Within this study, the term EEZ is used to define the entire area under the exclusive jurisdiction of the UK as a coastal state. Throughout the UK EEZ, there is considerable variation in sediments across both water depth and environment type (e.g. fjordic, coastal and inshore, continental shelf etc.) (See Figure 1A), all of which play a critical role in the various biogeochemical processes which occur, most notably in the C cycle (Burrows et al., 2017; Smeaton and Austin, 2017; Smeaton et al., 2021a). The surficial sediments of the UK EEZ are estimated to hold 524.4 ± 68.4 Mt of OC (Smeaton et al., 2021a), much of this is concentrated in distinct accumulation hotspots such as fjords, estuaries, and coastal muds, where OC supply is enhanced by proximity to land and higher marine productivity rates (Figure 1B). The influence of fjordic and sheltered environments is most notable in the estimates for Scottish sedimentary OC stores, which are estimated to contain 356.5 ± 72.2 Mt OC compared to English sedimentary OC stores estimated to contain 142.1 ± 28.5 Mt OC (Smeaton et al., 2021a). There are also muddy sediment areas with higher OC content on the shelf. However, it is unknown whether or not OC is continuously deposited and stored within these sediments as elsewhere, such as in the southern North Sea, sediment accumulation rates are low (De Haas et al., 1997; De Haas et al., 2002; Diesing et al., 2021).




Figure 1 | (A) Simplified five classification scheme sediment map of the UK EEZ, (B) Estimated Organic Carbon (OC) content (%) of marine sediments in the UK EEZ. Raster pixel resolution in both figures have been decreased for this study. For higher resolution rasters, see Smeaton et al. (2021a).




2.1.1 Benthic trawling activity

Benthic trawling activity is the most frequent and widespread cause of disturbance to the seabed (Jones, 1992; Amoroso et al., 2018), including within the UK EEZ (de Groot, 1984; Kaiser et al., 1996; Hiddink et al., 2006; Dunkley and Solandt, 2020). As of December 2019, the UK fishing fleet was the seventh-largest fleet within the EU by the number of vessels and the second-largest by gross tonnage (Uberoi et al., 2020). In 2020, the UK fishing fleet consisted of 4,301 active vessels; 61% were 10 metres or under in length and operated predominantly within inshore waters. The types of fishing gear used by British vessels vary with vessel size, power, and target species. Approximately 64% of vessels use static or passive gear types (e.g. pots, traps, hooks, drift and fixed nets etc.) (Quintana et al., 2021). Due to this, vessels under 10 meters in length only account for around 5% of the annual UK catch (Uberoi et al., 2021).

Under European legislation, all vessels greater than 12 meters in length must report their spatial fishing activity via vessel monitoring systems (VMS) to monitor fishing activity spatially and temporally within European waters (Gerritsen and Lordan, 2011; Rouse et al., 2017). By coupling logbook and VMS datasets, the International Council for the Exploration of the Sea (ICES) data centre can analyse this information to estimate the spatial and temporal distribution of bottom trawling activity and its pressure on the seabed within the OSPAR maritime region. Due to the lack of implementation of VMS on vessels under 12 meters in length, there is currently a large knowledge gap surrounding the spatial and temporal fishing patterns of the inshore fishing fleet.

As shown in Figure 2A, fishing activity (e.g., the total time spent fishing) typically occurs within coastal “hotspot” areas primarily on the west coast of Scotland, west of the Isle of Man, and off southwest and southern England. Figure 2B presents the swept area ratio (SAR, see section 2.3.5) for all fishing gear types across the UK EEZ. However, this information can be broken down further to detail the specific gear usage patterns throughout UK waters.




Figure 2 | (A) Average fishing effort in hours within the UK EEZ between 2009 – 2017 for all bottom trawling types. (B) Average Swept Area ratio within the UK EEZ between 2009 – 2017 for all bottom trawling types (Data Source: OSPAR, 2016). White patches are areas of no data.



Within the UK EEZ, bottom trawling activity can be grouped into one of the four main gear types: otter trawls (Figure 3A), beam trawls (Figure 3B), dredges (Figure 3C), and seine trawls (Figure 3D). All of these differ in the trawling technique used and the sediment penetration depth of the gears.




Figure 3 | The four main bottom trawling gear types used within the UK EEZ. (A) Otter Trawl, (B) Beam Trawl, (C) Towed Dredge, and (D) Seine Trawl (Source: FAO, Technology Fact Sheets. https://www.fao.org/fishery/en/geartype/104/en). .



The activity of these four gear types for vessels >12 meters is reported by The Convention for the Protection of the Marine Environment of the North-East Atlantic (OSPAR Convention) and ICES as VMS data. As this data is only reported for vessels >12 meters, there is an underestimation of trawling occurring within British waters, particularly within coastal areas where vessels are typically under 12 meters. Otter trawls are the most widely used due to their compact nature, allowing for their use across various vessel sizes. As a result, they have a widely used spatial distribution throughout the entire UK EEZ (Figure 4B). Beam trawling activity occurs primarily within English and Welsh waters, with no records from vessels >12 meters reported within Scottish waters (Figure 4A). Dredging is concentrated mainly within coastal environments across the UK, predominantly around the entire Scottish coast, western Welsh coast, and western and southern English coast (Figure 4C). There is reduced dredging activity reported along the east coast of England. This study did not include seine fishing due to the limited data availability regarding gear penetration depth for Danish and Scottish seining gear (Eigaard et al., 2016).




Figure 4 | The average swept area ratio (SAR) within the UK EEZ between 2009 2017 for (A) Beam Trawling, (B) Otter Trawling, (C) Towed Dredging, and (D) All Fisheries (Beam, Otter, Dredge, and Seine).






2.2 Selection of criteria and data processing

Previously, attempts at estimating the impact of bottom trawling activity on sedimentary OC stores have been conducted at various scales, from local (Paradis et al., 2019; Tiano et al., 2019; Paradis et al., 2020) to global (Sala et al., 2021). However, due to the nature of the underlying calculations required to estimate these impacts, great care is required before any reliable estimates of risk can be made. Here, we present a revised methodology for generating sedimentary CVR maps to determine areas of seabed where OC is most at risk following disturbance by bottom trawling within the UK EEZ. Our methodology is modified after that of Sala et al. (2021). However, several significant modifications to the data, underlying assumptions, and methods of ranking used in this calculation have been made possible due to the availability of high-quality data sources for the UK EEZ (e.g. Smeaton et al., 2021a), which help overcome some of the limitations of applying the original methodology at the global scale (Epstein et al., 2021).

To estimate the potential vulnerability of OC in marine sediments, we used multiple data sources to generate a sufficient dataset to be implemented within a multi-criteria decision analysis (MCDA). MCDA is a process where conflicting criteria may be evaluated against each other to aid in informed and effective decision-making processes. A complete list of the different types of data, their values, and references to data sources used within this study can be seen in Table 1.


Table 1 | Parameters used for modelling the potential vulnerability of UK EEZ marine sediments under different fishing gear types and their sources.



In our mapping analysis, we first conducted a series of smaller calculations and intermediary steps to determine factors such as the spatial impact of fishing gear on the seabed with gear type and penetration depth and the proportion of material which may resettle after bottom trawling disturbance based on sediment type (Figure 5 orange and blue boxes). Combined with data on the estimated reactivity of marine sediments, these factors are then used to estimate the fraction of material that may be “lost” from the seabed during a trawling event (Figure 5. yellow boxes).




Figure 5 | Simplified schematic of the workflow steps taken to generate the organic carbon vulnerability estimates. Coloured boxes represent different stages within the calculation. Preparation of the data used in this study was conducted within RStudio (Ver. 2021.09.1 + 372) and ArcGIS (Ver. 10.7). Rasters were rescaled where necessary to be on the same scale to ensure a single-pixel calculation overlay. Calculations and spatial analysis were conducted within ArcGIS using the raster calculator tool, fuzzy membership tool, and fuzzy overlay tool.



By combining the potential fraction of “lost” material with the amount of OC estimated to be contained within marine sediments, we can improve estimates for the amount of OC that may be “lost” during trawling events (Figure 5 red boxes). The estimated fraction that may be lost can then be combined with the fraction of OC currently estimated to be present in marine sediments across the entire UK EEZ to generate a multi-criteria map which identifies areas where OC is potentially most vulnerable to bottom trawling pressures (Figure 5. black box).


2.2.1 Grain size data

Information on the particle size characteristics of marine sediments is crucial when investigating their role and significance for long term OC storage. Sediment grain size is routinely measured under OSPAR and the ICES commitments within the UK EEZ. As a result, the marine sedimentary environment of the UK EEZ is well mapped and studied, allowing a high-quality dataset of the spatial characteristics of the seabed to be used within our model (BGS, 2019; Smeaton et al., 2021a).



2.2.2 Sedimentary carbon data

Estimates and modelling of OC within the UK EEZ and North-East Atlantic have been steadily growing and improving over the last few years (Diesing et al., 2017; Luisetti et al., 2019; Legge et al., 2020; Smeaton et al., 2020; Diesing et al., 2021; Smeaton et al., 2021a). As a result of these efforts, high-resolution bulk (top 10 cm) OC spatial estimates are now available for the entire UK EEZ (Smeaton et al., 2021a).



2.2.3 Sediment lability data

Just as OC content varies across sediment types, the lability of OM associated with the sediments also varies. Thermal analysis of sediments allows for data regarding the quantity, quality, and reactivity of OM to be obtained. The reactivity of OM can be split into three key components: the labile, the recalcitrant, and the refractory fractions. In simple terms, the labile fraction of OM represents the most biologically available material and is prone to degradation. In contrast, the refractory fraction is the least biologically available and least reactive. Recent analytical developments have allowed the quantification of the different OM pools (labile, recalcitrant, and refractory) within the marine sediment of the UK EEZ (Smeaton and Austin, 2022).

These new results highlight that the quantity of labile OM in the continental shelf sediments are strongly linked to sediment type. The high-resolution spatial data for sediment type within the UK EEZ makes it possible to de-evolve sediment classifications from a 16 Folk classification scheme to the simplified 5 Folk classification scheme (Supplementary Material Figure 1) (Kaskela et al., 2019; Smeaton et al., 2021a). Using this simplified classification scheme, we were able to assign mean sediment OM lability (OMlabile%) for each class within the UK EEZ (sediment samples, n = 375, across a range of environmental types (Supplementary Material: Table 1) (Smeaton and Austin, 2022)).



2.2.4 Disturbed sediment exposure

Once sediment has been disturbed by bottom trawling, it will be resuspended from the seabed into the water column (e.g. Breimann et al., 2022).  While in the water column, OC associated with the sediment will be exposed to chemical processes, such as remineralisation, which may lead to its permanent loss from the seabed. Hence, the more time disturbed sediment remains in the water column, the greater the potential for OC to be lost. The length of time the sediment remains above the seabed is determined by the speed it falls out of the water and the height above the seabed to which it is raised by disturbance. However, it is not possible to model in detail the physical disturbance of sediment under all the different physical conditions associated with bottom trawling in UK water or elsewhere. Therefore, a theoretical fall speed can be estimated for any sediment type based on particle size, and this can be used to assess the relative difference in possible exposure during resuspension of disturbed sediment.

Using the universal settling speed calculation proposed by Ferguson and Church (2004), it is possible to calculate a theoretical rate of sediment resettling for each of the five sediment class types used in this study. Settlement speeds are then used to derive a non-dimensional relative estimate of potential exposure. However, it should be noted that this calculation does not consider external factors such as turbulence (Nielsen, 1993), currents and wave movement (Coughlan et al., 2021), which may be critical processes in natural and anthropogenically disturbed shelf systems.



2.2.5 Fishing data

Within the UK EEZ, specific gear types have significant regional patterns related to the fishing intensity (e.g., otter trawling, beam trawling, and towed dredging). VMS can be used to provide high quality temporal and spatial data about the type and intensity of fishing activity occurring across the UK EEZ. Using OSPAR VMS fishing data, we can estimate the CVR of sediments for each of the three main fishing types on a 0.05° x 0.05° cell resolution (C-square geocode system, see Rees, 2003). VMS datasets were chosen for this study instead of the alternative automatic identification systems (AIS) because VMS separates SAR data by gear type, unlike AIS data which reports trawling as a singular activity with no distinction of the gear type being used. Additionally, due to the ability of fishers to turn off AIS tracking systems and known issues with data reporting, AIS data is only accurately reported approximately 26% of the time spent fishing (Shepperson et al., 2018). By EU law, it is required that VMS always remains switched on for vessels >12 meters in length, making the spatial coverage of the fishing data more reliable. However, as previously noted, this data does not include the fishing activity for vessels under 12 meters in length. As a result, there may be some underestimation in fishing intensity, particularly within coastal areas from the inshore fleet, which are typically smaller vessels.

Using the reported VMS hours fished data combined with log-book records, it is possible to calculate the seabed swept area ratio (SAR) (Figure 2B) using Eq. 1.

 

The SAR indicates the theoretical number of times a grid cell would be “swept” annually if the fishing effort was evenly distributed throughout a set grid cell area (ICES, 2020). Using the OSPAR VMS data, it is possible to establish the annual average SAR of each pixel. To avoid a single year bias, the SAR of each cell has been averaged from 2009 to 2017.




2.3 Calculation method


2.3.1 Model overview

MCDA is a GIS-based spatial analysis method that allows for both spatial and non-spatial data to be brought together to generate outputs that can inform about complex interactions within datasets. A CVR value for each pixel within a raster dataset was estimated using the MCDA method known as fuzzy set theory, which is a widely used modelling approach in complex systems where the information supplied to a model is vague, imprecise, or ambiguous (Kahraman and Kaya, 2010; Balezentiene et al., 2013). Fuzzy set theory is commonly used within spatial planning and evaluation as it allows spatial information to be treated as members of a set. This means that a degree of membership between different types of spatial information can be determined. Unlike other MCDA methodologies, the degree of membership from fuzzy set theory will take on values between 0 and 1, denoting the strength of the membership between the candidate objects being assessed. This allows for a ranking system to be used. For example, the OC ranking of a pixel is a numerical ranking that highlights where sedimentary OC is most vulnerable, where 1 is the most vulnerable location, and 0 is the least vulnerable location. It should be noted that the use of fuzzy set theory estimates the possibility, i.e., the capacity of something being true/occurring, not the probability, which refers to the likelihood of something being true/occurring.



2.3.2 Data processing for model set up

In order to generate a MCDA map of the potential vulnerability of sedimentary C stores we must generate two key layers, the amount of OC currently in sediments before bottom trawling and the amount of OC estimated to remain in sediments after a bottom trawl pass. This was done using the following methodology. Firstly, the total fraction of OC present within each pixel,  , is estimated from the UK EEZ sediment OC mapping of Smeaton et al. (2021a), shown here as Ci0

 

While the fraction of total OC assumed to remain if the sediment in pixel i is exposed to fishing based disturbance using gear g is denoted as  .

 

Where Cio is from Eq. 2. Lai,g is the estimated fraction of labile OM (%) which would be “lost” from the sediment annually in the presence of fishing activity by gear type g in pixel i (Eq. 4). Note that in Eq. 3, if (1-Lai,g) has a value of zero, there is no potential loss of OC from pixel i due to gear g. If it has a value of unity, then there is a theoretical potential for total loss of OC. Lai,g may be calculated via Eq. 4:

 

Where SVRi,g is the swept volume ratio calculated via Eq. 5 and PERi is the potential exposure ratio calculated via Eq. 6 (See below). Plabi is the estimated mean lability of OM in each pixel as a function of sediment type using the UK EEZ sediment classification from Smeaton et al. (2021a) (Supplementary Table 1). The first-order degradation rate constant, ki, was assigned based on the oceanic region and was estimated for this study to be 23.34 using an average of values for oxic sediment types in the North Sea (Table 1). It should be noted that ki is assigned relative to the oceanic region being studied, meaning that its influence on the rate of loss for labile OM will vary geographically depending where this approach is being applied due to factors such as diffusive oxygen flux, the total OC content of surface sediments, and bottom water oxygen concentration (Seiter et al., 2005; Arndt et al., 2013; Paraska et al., 2014). Time, t, was set to one year.

The swept volume ratio, SVRi,g, from Eq. 4 may be calculated via Eq. 5:

 

Where SARi,g (Eq. 1.) is the swept area ratio in pixel i by vessels using gear type g, from publicly available OSPAR VMS datasets (ICES, 2016). Pdepth,g is the estimated average penetration depth of gear type g from Hiddink et al., 2017. These depths are 2.44 cm for otter trawling, 2.72 cm for beam trawling, and 5.47 cm for towed dredging. Player is the depth of sediment used in this study for the carbon estimates, in this case, 10 cm.

The potential exposure ratio, PERi, in Eq. 4 was estimated by creating a ratio of the settling of the largest sediment size-class speed (wmax) to the settling speeds (wi) for each of the 5 sediment classes outlined in Table 1 so that:

 

The settling speed (w) for each sediment grain size class was calculated using the following equation from Ferguson and Church, 2004:

 

Where R is the submerged specific gravity (0.658 g cm-3) for marine sediments, using the density of marine sediment from Tenzer and Gladkikh (2014) and the density of seawater at 12°C, g is the acceleration due to gravity, and D is the mean diameter of the grain size within each of the sediment classes reported by Smeaton et al. (2021a). C1 is constant with a value of 18, and C2 is constant with a value of 1.0 (Ferguson and Church, 2004), v is the kinematic viscosity of seawater at 12°C (Supplementary Material: Table 3). Several calculation steps were necessary to get the data ready to be applied to the fuzzy overlay model. First, the data fed into the model must undergo fuzzification to allow the source data to be rescaled to fit the 0 to 1 scale (Raines et al., 2010). This was applied using the fuzzy membership tool (membership type: linear) to the estimated OC stored in the top 10 cm of the sediment ( ) and the predicted amount of total OC lost from the sediment due to bottom trawling ( ) in each pixel for each gear type.

To model the CVR for the UK EEZ, fuzzy set theory models were run within ArcMap (ArcGIS 10.7). The final suitability map was generated using the fuzzy overlay tool (overlay function: AND), which allows for a continuous 0 to 1 scale map to be generated (Nyimbili and Erden, 2020). Finally, the model outputs were defuzzied via the reclassification tool, where classes were set for each gear type using the natural breaks (Jenks) classification method to develop a five-class vulnerability ranking of the seabed within the UK EEZ.

While it is possible to calculate the potential OC lost from benthic trawling, we have chosen not to calculate the benthic efflux of CO2 because of the high levels of uncertainty and large-scale assumptions that must be made. Recent studies within this field have attempted to calculate the efflux of CO2 from bottom trawling (Luisetti et al., 2019; Sala et al., 2021). These studies assume that all the labile OC resuspended during a disturbance event is completely remineralised to aqueous CO2. From here, it is also assumed by Luisetti et al., 2019, that all remineralised OC is then released into the atmosphere in a singular process. These gross assumptions are unlikely to be correct and lead to vast overestimates in the amount of CO2 lost from long term sedimentary OC stores upon disturbance. Processes such as elemental stoichiometry, biological turnover, solubility cycling, and carbonate cycling will all influence the fate of remineralised OC and should not be assumed to be negligible. More data on the efflux of OC across the sediment-water interface in natural and post-disturbance environments is needed before this type of calculation can be attempted with any confidence in the results.





3 Results

The spatial distribution of estimated CVR values across the UK EEZ was mapped using the methodology detailed above at a gridded resolution of 0.05° x 0.05°. An area of 743,470 km2 of the UK seabed was mapped; the most northern tip of the UK EEZ (an area of approximately 24,000 km2) remains unmapped due to limitations in data availability (Figure 2). However, there are no reported VMS fishing records for this area, and it can be assumed that the impact of bottom trawling in this area is low. Additionally, OC within this area is also reported to be low (Smeaton et al., 2021a), which would, in turn, reduce the overall CVR of the area.

The lack of VMS data available for inshore fisheries also means that their impact is underestimated and prevents us from reliably modelling the CVR within some inshore areas, particularly within fjords. The CVR of some of these inshore sediments must therefore be considered as conservative estimates at present. Our analysis of the areas of the UK EEZ seabed where OC is estimated to be most vulnerable from bottom trawling activity is calculated as a function of the predicted OC stored within surficial sediments and the relative lability of the OM in these sediments. Therefore, the methodology presented here represents the development of a new tool that can be used to assess the potential vulnerability of sedimentary OC stores from bottom trawling pressures.

Based on previous literature and knowledge, we hypothesised that OC is most at risk from anthropogenic pressure within coastal sediments where there is a constant supply of fresh labile matter and a naturally elevated OC store. Likewise, we can assume that as the distance from shore increases, the vulnerability of OC will decrease due to the decline in lability of overall OM accumulation (Smeaton and Austin, 2022). The CVR risk model estimates a typically lower CVR within sands, coarse sediments, mixed sediments, and gravels/rocks compared to finer-grained sediment types. Our results show that distributions of CVR within the UK EEZ are associated with specific “hot spot” areas for the three major fishing gear types.


3.1 Model validation

Validation of the new model is a fundamental development step and is crucial for determining its predictive capabilities. Our CVR maps have been developed using multiyear spatial monitoring fisheries data (OSPAR, 2016), in addition to previously validated sedimentary OC quantity and sediment type datasets which have been tested via extensive ground-truthing efforts and Markov chain Monte Carlo (MCMC) simulations (Smeaton et al., 2021a). In addition to this, we utilise fuzzy set analysis MCDA techniques in place of traditional weighted overlay methods. Weighted overlay works as a Boolean operator where areas are defined as either being a member (1) or not being a member (0). These results fall within clear cut risk or no risk areas, offering no room for further interpretation. However, fuzzy overlay addresses the possibility of inaccuracies within the attribute data used within the model by assigning a membership ranking between 0 and 1, thus accounting for uncertainties within the calculation where the datasets are more limited (e.g., the lability of sediments assigned as a function of sediment type).



3.2 Carbon vulnerability ranking

Within this model, the CVR is an estimate of those areas of the seabed where sedimentary OC is predicted to be the most susceptible to “loss” due to direct bottom trawling action by specific gears. Our model shows that the most vulnerable areas of the seabed are typically concentrated within inshore muddy sediments and impacted by otter and dredge trawling activity, while beam trawling impacts are spread across muddy, mixed, and coarse sediment types. Despite having the largest spatial coverage overall, otter trawling predominantly results in a low CVR for much of the UK EEZ, with a smaller estimate of areas where vulnerability is high or very high (Table 2 and Figure 6). Otter trawling has the highest proportion of very low, low, medium, and very high CVR areas compared to other fishery types (Table 2).


Table 2 | Spatial area coverage of the carbon vulnerability ranking (CVR) by fishing type.






Figure 6 | Carbon vulnerability ranking (CVR) by fishery type. All three fishing types are associated with regional hot spots where the CVR is very high. These hotspot areas typically coincide with muddy sediment types where labile organic matter content is high; a high swept area ratio also characterises these inshore fishing areas. (A) Beam Trawling, (B) Otter Trawling, (C) Towed Dredging.



Beam trawling has an estimated total spatial coverage of 53,814 km2, heavily concentrated within the English sector. Within the medium, high, and very high CVR categories, beam trawling has the highest estimated area coverage of 23,079 km2, 19,294 km2, and 1,458 km2, respectively (Table 2 and Figure 6A). Medium CVR areas are scattered for beam fisheries (Figure 6A). However, high CVR areas linked to beam trawling are more closely grouped across England’s south-western, southern, and south-eastern coastline. Areas of very high CVR for beam trawling can be found on the west coast of the UK in the Irish Sea and on the east coast in the Wash.

Overall, otter trawling has the greatest estimated spatial coverage (180,504 km2) out of the three main fishery types considered within this study. However, despite this large footprint, a significant proportion of the actively fished area from otter trawling is classified by our model to be within very low (17,689 km2), low (117,380 km2), and medium (29,376 km2) CVR categories (Table 2). It is estimated that approximately 13,855 km2 of the seabed is categorised as having a high CVR, with a further 2,205 km2 being estimated to have a very high CVR. For otter trawling, these high and very high CVR areas are predominantly located in hot spots across the fjordic west coast of Scotland (Figure 6B), where labile OC muddy sediments dominate, OC content is high, and repetitive trawl passes are common (Figure 2). Regions of high CVR can also be found in the Irish Sea and the Fladen Grounds (Northeast Scotland).

Dredging has the lowest estimated spatial coverage of 30,748 km2 compared to the other two fishing types. Towed dredging across the UK EEZ is concentrated mainly in small areas of activity (Figure 6C), unlike the other two fisheries, which are spread across a much greater area. Our model estimates that approximately 3,320 km2 of actively dredged seabed is categorised as having a very low ranking. A further 12,912 km2 is estimated as being within the low CVR category (Table 2). An estimated 11,993 km2 of the seabed is classified as having a medium CVR, with a further estimated 1,923 km2 and 600 km2 classified as having high to very high CVRs, respectively. Similarly, to otter trawling, hotspots of high to very high CVRs are located on the fjordic west coast of Scotland. Prevailing sediment type, high OC contents and the repetitive nature of fishing disturbances in this region drive high to very high CVRs (Figure 2).




4 Discussion

The main aim of this study was to determine the areas of the seabed where sedimentary OC might be most vulnerable to the impacts of benthic trawling activity within the UK EEZ. We present a new methodological approach to determine the potential vulnerability of the seabed across the UK EEZ using open-source data. The outputs of our model identify the fjords and coastal sediments on the west coast of Scotland as having the highest potential OC vulnerability to disturbances from bottom trawling. Three main determining factors occur in these environments. Firstly, sedimentary OC content is high (Smeaton and Austin, 2019). Secondly, there is a high level of repetitive trawling disturbance within these coastal areas (Figure 4). Thirdly, sediments in this region are largely fine-grained, meaning that they will remain in suspension longer once disturbed. This means that these OC rich sediments have a greater chance of being transported away from their original location and resettling elsewhere.

While we have developed a new OC vulnerability model using fuzzy set theory to identify where OC is potentially most vulnerable due to benthic trawling activity, these models all lack key information that may result in some over- and under-estimations of CVRs. This is most likely the case with the sediment OM lability data (Smeaton and Austin, 2022). It is likely that sediment OM lability is higher within coastal and fjordic areas in comparison to muddy shelf sediments. This is due to differences in productivity between the two environments and the transportation of OM from coastal to shelf environments, and the ongoing degradation of this matter which occurs during this process. There is currently a data gap within UK EEZ sedimentary OM data, which restricts us from applying OM as a function of sediment type rather than as a spatially modelled estimate. Additionally, a lack of data to adequately monitor the impact of the inshore fishing fleet (i.e., vessels <12 meters) implies that the CVR of sediments in coastal waters may be underestimated. We have intentionally used a flexible modelling framework to account for these data limitations that can be adapted as new data sources are available. For example, previous evidence shows that fuzzy logic modelling frameworks have been successful within other data-poor conservation and safeguarding projects involving trawling datasets (Hattab et al., 2013).

It should also be remembered that the UK EEZ is a region with a long and ubiquitous history of fishing activity, implying that the sediments and surficial OC data used in this study may have already been subject to decades of modernised industrial fishing methods. Therefore, this study does not provide an undisturbed natural baseline for sedimentary OC. Instead, this study provides a present-day snapshot of the current state of the potential areas of OC vulnerability within the UK EEZ. Previous research has shown that the first pass of towed benthic gear on the seabed is the most destructive pass to benthic ecosystems, regardless of the hours spent fishing in the area (Lindegarth et al., 2000; Kaiser et al., 2006; Lambert et al., 2014; Rijnsdorp et al., 2018).

While previous attempts at understanding the impact of bottom trawling on sedimentary OC stores have provided an insight into the potential risk to C, they are conducted at too broad a scale and with too many uncertainties and assumptions to be utilised and implemented within policymaking. Instead, our adapted CVR methodology could provide a policy steppingstone, allowing for greater consideration about the sedimentary environment being investigated and the data availability at the regional scale.

Despite our use of improved data sets and the wealth of understanding of the UK EEZ, we have chosen not to estimate the efflux of CO2 from the seabed arising from benthic disturbance because of the assumptions required to make this type of calculation and the misleading outputs that can arise. Cross-comparisons of this type of calculation with in-situ data are difficult due to the lack of studies investigating the post-disturbance effects of trawling on benthic CO2 efflux and nutrient efflux within the UK EEZ, or elsewhere. In addition, we do not include the influence of nutrient release from the sediments during trawling, which can result in increased primary productivity, indirectly resulting in increased OM and OC supply to the sediments. There is currently not enough supporting information about the efflux of nutrients in a post-trawl environment within the UK EEZ to confidently include this information within our calculations. Equally, these models do not account for the removal of benthic fauna during a trawling event.

Similarly, it is also challenging to estimate the accumulation of multiple years of fishing impact on sedimentary OC stores within the UK EEZ due to a lack of information about sediment accumulation rates and OC sequestration rates. Large assumptions would have to be made with this type of calculation. For example, based on current data, we would have to assume that there was a single accumulation rate throughout the UK EEZ and that OC is lost from the sediments at the same rate annually. However, we know this is not the case, especially within coastal fjordic environments where accumulation is reported to be high (Smeaton et al., 2016; Smeaton et al., 2021b) in comparison to the low accumulation rate reported within the North Sea (De Haas et al., 1997; De Haas et al., 2002; Evans et al., 2002; Scourse et al., 2002; Diesing et al., 2021). Recent research has allowed for the sediment accumulation rate to be modelled within the Greater North Sea region (Diesing et al., 2021), highlighting that these types of predictive models are possible. However, for multiyear sedimentary OC losses to be calculated with a high degree of confidence, the sediment accumulation rate across different sedimentary environments and marine environment types (e.g., fjords, inshore, offshore, deep sea) within the UK EEZ need to be spatially resolved.


4.1 Management of marine sedimentary organic carbon

We have shown that marine sediments within the UK EEZ combine with the distinction of fishing activity to produce a spatially variable pattern of OC vulnerability, organic-rich sediments from the fjordic complex of the west coast of Scotland being potentially most vulnerable. Our model can identify at-risk zones where OC is most likely to be vulnerable to bottom trawling activity. While marine sedimentary OC is not currently considered within the frameworks of national OC inventories for greenhouse gas reporting, there is growing interest in the potential and significance of including these stocks (Avelar et al., 2017). Further research into how sedimentary OC can be accounted for within nationally determined contributions is necessary, alongside new accounting guidance and frameworks (Luisetti et al., 2020).

Recent research has shown that marine sediments store significant amounts of OC both globally (Lee et al., 2019; Atwood et al., 2020) and locally within the UK EEZ and greater North Sea region (Diesing et al., 2017; Luisetti et al., 2019; Diesing et al., 2021; Smeaton et al., 2021a). While OC in shelf sea sediments is prone to natural processes of recycling and remineralisation, it is possible that anthropogenic disturbances are driving enhanced OC loss. Our research maps the potential vulnerability of OC to bottom trawling activity. via While this research considers estimated surficial OC stores of the UK EEZ and the anthropogenic impacts of fishing, further detail is needed about the role of and interaction with natural disturbances on these sediments (e.g., current, wave, tidal, and storm activity) to understand the full disturbance pattern. There has been some recent development in this natural disturbance field on sediment mobilisation (Coughlan et al., 2021), but further detail about the impact of natural forcing on OC storage is required. While there are other anthropogenic disturbances that impact the seabed across the UK EEZ, including commercial aggregate dredging, offshore structure construction, and sediment disposal activity, these happen on a localised basis. Thus the impact of these types of activity on sedimentary OC stores is thought to be minimal compared to widespread practices such as trawling (Kenny et al., 2018). Current literature surrounding the fate of OC under bottom trawling activity is conflicting, with some studies estimating that sediment OC may increase (Pusceddu et al., 2005; Martín et al., 2014; Sciberras et al., 2016), while others estimate a decrease (Jennings et al., 2001; Durrieu De Madron et al., 2005; Pusceddu et al., 2014; Oberle et al., 2016). Further research is needed to address some of these uncertainties.

A suggestion for the management of sedimentary OC stores has been to explore the use of MPA’s and HPMA’s as a tool to protect and enhance carbon stores (Roberts et al., 2017), with accumulating evidence in the literature to support the potential of MPA’s to provide an area of enhanced mitigation, adaptation, and resilience towards climate change (Duffy et al., 2016; Roberts et al., 2017; Gaines et al., 2018). Our CVR results for the UK EEZ could be used to help inform potential MPA selection. This type of management approach, where measures limit the activity of bottom trawling may provide scope for the potential limitation of unintentional emissions and possible recovery of benthic communities (Hiddink et al., 2017). The net reaction and relative timescales for the response of benthic ecosystems and sediment OC stores following closure of the seabed to bottom trawling are yet to be determined.




5 Conclusion

We present a new workflow for predicting regions of the seabed where OC is potentially most vulnerable from disturbance. This study has allowed for the first detailed assessment of the relative vulnerability of sedimentary OC towards fishing disturbance. Our model results highlight that coastal muddy sediments dominated by otter and beam trawling have the highest CVRs. We estimate the sedimentary OC stores on the west coast of Scotland to be amongst the most vulnerable areas of the seabed within the UK EEZ.
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A new saltmarsh soil dataset comprising of geochemical and physical property data from 752 soil samples collected through a sampling program supported by citizen scientists has been brought together with existing data to make the first national estimates of the surficial (top 10 cm) soil OC stock for Great British (GB) saltmarshes. To allow the inclusion of secondary data in the soil stock estimate a new bespoke organic matter to organic carbon conversion for GB saltmarsh soil was developed allowing organic matter data measured using loss-on-ignition to be convert to organic carbon content. The total GB surficial soil OC stock is 2.320 ± 0.470 Mt; English saltmarshes hold 1.601 ± 0.426 Mt OC, Scottish saltmarshes hold 0.368 ± 0.091 Mt OC, and Welsh saltmarshes hold 0.351 ± 0.082 Mt OC. The stocks were calculated within a Markov Chain Monte Carlo framework allowing robust uncertainty estimates to be derived for the first time. Spatial mapping tools are available to accompany these stock estimates at individual saltmarsh habitats throughout GB. This data will aid in the protection and management of saltmarshes and represents the first steps towards the inclusion of saltmarsh OC in the national inventory accounting of blue carbon ecosystems.
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Introduction

Saltmarsh ecosystems alongside other intertidal Blue Carbon habitats such as seagrass and mangroves (Nellemann and Corcoran, 2009) are recognized hotspots for the burial and long-term storage of organic carbon (OC). Globally, saltmarshes occupy an area of 54,951 km2 (Mcowen et al., 2017) and their soils store between 0.4 – 6.5 Pg of OC (McLeod et al., 2011; Duarte et al., 2013). Annually, a further 0.9 – 31.4 Tg OC is buried in saltmarsh soils globally (Ouyang and Lee, 2014). The large quantities of OC stored, coupled with the high OC burial rates in these ecosystems, has resulted in saltmarshes now being considered core components of the coastal carbon (C) cycle (Bauer et al., 2013). The potential for saltmarshes and other intertidal environments to regulate global climate through the burial and storage of OC within their soils is now widely recognized (Macreadie et al., 2019; Macreadie et al., 2021). Yet, these systems are also at risk. With increasing climate instability, sea level rise, and anthropogenic pressure, saltmarsh’s ability to trap and store OC will likely be severely reduced and a significant proportion of the OC stored within their soils may be lost by the end of this century (Crosby et al., 2016; Horton et al., 2018). Globally it is estimated that saltmarsh habitat is reducing by 1 - 2% yr-1 (Duarte et al., 2008) with approximately 25% reduction of the global habitat since 1800 (Bridgham et al., 2006; Mcleod et al., 2011). Yet, recent estimates suggest at a global scale much of the modern (1999-2019) habitat loss has been offset by the creation of new saltmarsh (Murray et al., 2022). Nevertheless, significant efforts are still required to preserve these saltmarshes and assure the significant quantities of OC held within their soil is not lost and remineralized, which would further exacerbate global climate change (Schuerch et al., 2018).

Quantifying the OC stored in saltmarsh soil is a crucial foundational step towards integrating saltmarsh OC into national C accounting, understanding the C and climate impact of habitat loss, and justifying habitat protection and restoration (Granek et al., 2010; Theuerkauf et al., 2015; Rogers et al., 2019). Yet the current global saltmarsh soil OC stocks are coarse, with estimates ranging between 0.4 – 6.5 Pg OC (McLeod et al., 2011; Duarte et al., 2013). This is largely driven by the unequal spatial distribution of current stock assessments with the majority focusing on tropical/sub-tropical areas such as Australia (Lovelock et al., 2014; Brown et al., 2016; Kelleway et al., 2016) and the Gulf of Mexico (Thorhaug et al., 2019; Vaughn et al., 2020). Only a few countries such as Australia (Young et al., 2021) and the USA (Hinson et al., 2017; Holmquist et al., 2018) have undertaken national saltmarsh OC stock assessments. A lack of stock assessments is particularly apparent across the temperate and boreal saltmarshes of the NE Atlantic region where data on saltmarsh OC stock is extremely limited (Mueller et al., 2019a; Mueller et al., 2019b). The best current OC stock data for saltmarshes in Great Britain (GB) have generally been limited to single marshes (Andrews et al., 2008; Burden et al., 2013; Porter et al., 2020) or have been geographically constrained to single regions (Burden et al., 2019; Ford et al., 2019; Austin et al., 2021). Where full national saltmarsh soil OC stock estimates have been undertaken (Beaumont et al., 2014), these are still based on extrapolation from a relatively few well-studied sites. A recent systematic review found inconsistencies in the way data was gathered and reported, makes comparisons and consolidation of knowledge difficult (Mason et al., 2022). This limited and fragmented knowledge base could hinder the inclusion of OC held within GB saltmarshes into national Greenhouse Gas (GHG) reporting and C budgets.

Reliance on data from only a few sites makes assumptions about the homogeneity of soil C stocks across different biogeographic contexts fail to account for differences due to soil type or vegetation community, leading to uncertainty in soil carbon stock estimates (Kelleway et al., 2016; Kelleway et al., 2017). A challenge for structured surveys for habitats like saltmarshes - which are widely distributed around national coastlines, but often in multiple and fragmented locations - is the ability to reliably sample sufficient sites to gather a robust national picture of variation within and across sites. The rise of citizen involvement in data collection has made large-scale sampling feasible (Aavik et al., 2020), raised public engagement in science (Phillips et al., 2019), and influenced policy formulation and implementation (Couvet et al., 2008) within the conservation sciences. By following standardized sampling procedures, systematic observations, and simple methods (Conrad and Hilchey, 2011; Parsons et al., 2011), citizen-led data collection is now widely appreciated for its quality and includability in peer-review research (McKinley et al., 2017).

In this study, we undertake a national scale assessment to quantify the OC held within the surficial soils (top 10 cm) of the saltmarshes of GB. Utilizing the well-established relationship between regional vegetation composition and surficial soil OC (Ford et al., 2019; Austin et al., 2021; Penk and Perrin, 2022) we bring together the latest national saltmarsh mapping data (Haynes, 2016; Natural Resources Wales, 2016; Environment Agency, 2021) with a new GB wide soil dataset produced following a standardized sampling methodology by citizen scientists allowing, for the first time, the quantity of OC held within surficial soils to be estimated and mapped for all saltmarshes within GB and its constituent nations (Scotland, England, and Wales). As this study only focuses on the surficial (top 10 cm) soils the calculated OC stocks will be an underestimate of the full quantity of OC held at depth within the soil of saltmarshes. Yet, the surficial soil OC stock estimates are key to understanding saltmarsh OC dynamics at national scales. The resulting broad spatial understanding of OC stocks can be used in prioritizing saltmarsh conservation, restoration, and management from a C storage viewpoint.



Saltmarshes of Great Britain

Saltmarsh habitat is widely distributed around the constituent nations (Scotland, England, and Wales) of GB (Figure 1A). The most extensive areas occur along estuaries in the counties of Hampshire, north Kent, Essex, Norfolk, Lincolnshire, and Lancashire (May and Hansom, 2003). The extent of saltmarsh habitat in the GB is estimated to be between 400 km2 and 495 km2 (Burd, 1989; Jones et al., 2011; Burden et al., 2020; Ladd, 2021). The marshes vary significantly in size from the small marshes found at the head of Scotland’s fjords to the expansive coastal systems of the Solway Firth, Morecambe Bay, and the Wash (Supplementary Figure 1).




Figure 1 | Saltmarshes of Great Britain. (A) Mapped extent of saltmarsh habitat across the nations of Great Britain (exaggerated by 1.5 times for visibility). Orange lines highlight the different saltmarsh vegetation geo-regions of Great Britain as described by Adam, 1978. (B) Sampling sites across Great British saltmarsh (orange dots) and the location of secondary data sources (green and purple dots).



In GB, saltmarsh systems can be defined into six core types (Pye and French, 1993): estuarine, embayment, back-barrier, and fringing marshes are found throughout GB, while loch-head and perched marshes are found in Scotland. Loch-head marshes are highly sheltered systems found at the landward end of Scotland’s fjords. Perched saltmarshes form on sea cliffs and in the shelter of raised rocky outcrops, where shallow soils tend to develop in the wave splash-zone (Haynes, 2016).

Saltmarsh vegetation composition across GB is driven by climatic conditions, coastal processes and soil characteristics, and hydrological regimes. GB marshes are generally dominated by SM13 (Puccinellia maritima) and SM16 (Festuca rubra) vegetation communities as described by the British National Vegetation Classification (NVC) scheme (Rodwell, 1991). These communities occupy a significant proportion of GB saltmarshes but variations in several factors, notably sediment type, climate, biotic factors, and historical management (Adam, 1978) lead to a range of differing vegetation communities developing within and between marshes (Burd, 1989).

Although the variation in saltmarsh vegetation is continuous within and between sites, it is possible to recognize combinations of vegetation types which allow several distinct geo-regions to be identified. Following the approach of Adam (1978) where four geo-regions were identified across GB:

Western Scotland: This geo-region contains all the loch-head and perched saltmarshes in GB. The marshes are generally small, on average occupying less than 0.1 km2. The vegetation structure of the marshes in this geo-region is often simple in comparison to other areas. These marshes are dominated by Puccinellia/Festuca and Juncus gerardii communities. The pioneer and low marsh communities are generally dominated by Salicornia and Suaeda (Adam, 1978; Haynes, 2016).

Eastern Scotland: Saltmarshes within this geo-region are defined as embayment, fringing, and back-barrier, with large estuarine marshes mainly absent (Haynes, 2016). These marshes are dominated by four vegetation communities which occur in varying proportions: Salicornia/Suaeda, Puccinellia, Puccinellia/Festuca, and Juncus gerardii (Adam, 1978; Burd, 1989; Haynes, 2016).

Western: The marshes in the western geo-region are significantly larger than those in the Western and Eastern Scotland geo-regions (Supplementary Figure 1), with large estuarine marshes being common (Burd, 1989). These marshes are further differentiated by their sandy soils, resulting in greater importance of P. maritima in the pioneer zone due to reduced competition from Spartina maritima and Aster tripolium. Higher precipitation in this geo-region generally leads to more brackish high marshes with Blysmetum rufi and Halimionetum portulacoidis communities are commonly found.

South Eastern: The marshes within this geo-region are smaller than those in the Western region, with exception of the Wash marshes (Supplementary Figure 1). The prevailing substrate is fine silt, and marsh vegetation is predominantly Spartina (Burd, 1989). The mid-low marsh communities, Puccinellia and Halimione, Puccinellia/Festuca occupy significant proportions of the total area. Upper marsh communities are more common than in other geo-regions, with Phragmites common across much of the region.



Methods


Harmonization of saltmarsh classifications

In the last decade there has been a concerted effort in GB to measure areal extent and habitat composition. The classifications used in saltmarsh mapping differ in England to that of Wales and Scotland. In Scotland (Figure 2A) and Wales (Figure 2B), saltmarsh data is mapped to NVC communities (Rodwell, 1991). In England, saltmarsh is mapped to a set of saltmarsh zones (Spartina, Pioneer, Mid-Low, and High Marsh) following a modified version of the European nature information system (EUNIS) classification scheme currently used by the Environment Agency (Figure 2C). For the purposes of this study, we define the extent of the saltmarsh following the approach of the Environment Agency (2021), at the seaward end the demarcation between saltmarsh and intertidal flat is described as ≥ 5% ground coverage of saltmarsh vegetation. The demarcation of the landward extent is defined when saltmarsh vegetation becomes ≥ 5% of a predominantly terrestrial vegetation community.




Figure 2 | Examples of current saltmarsh mapping within (A) Scotland – Caerlaverock marsh (54.969555, -3.484984), (B) Wales – Dovey (Dyfi) Estuary (52.543454, -3.977258) and (C) England – The Wash (52.926668, 0.061452).



Prior to undertaking OC stock calculations, the mapping data must be harmonized under a single classification scheme. The modified EUNIS scheme already utilized in the English marshes was determined to be best suited to this task. The EUNIS habitat classification system is a comprehensive pan-European systems for habitat classification. Using a hierarchical approach, the habitat types are identified by specific codes, with saltmarshes being classified as A2.5. These categories can be further broken down into high (A2.52), mid-high (A2.53), low-mid (A2.54), pioneer (A2.55) and Spartina dominated (A2.55443) saltmarsh zones. In this study a modified version of the EUNIS scheme is used where the mid-high and low-mid EUNIS marsh classifications are combined into the mid-low class. The Scottish and Welsh NVC (Rodwell, 2000) data can be easily converted to follow the modified EUNIS classification (Supplementary Table 1) allowing the data to be combined with the English saltmarsh data and to allow direct comparisons with neighboring European saltmarshes in the future.

Within the mapped data, some zones were recorded as mosaics of two or more NVC communities. In these cases, the first NVC community listed was chosen as the primary classification. The perched saltmarshes found in Scotland (Haynes, 2016) have been removed from the datasets, as these marshes are generally found on cliffs, largely devoid of any underlying soil (Haynes, 2016; Porter et al., 2020).

The field surveys and photographic data used to classify marshes was collected between 2010 – 2012 for Scotland (Haynes, 2016), 2006 – 2019 for England (Environment Agency, 2021) and 2006 - 2009 for Welsh sites (Natural Resources Wales, 2016). The marsh classes therefore represent a snapshot in time of GB saltmarsh extent and vegetation composition as they were when the surveys were completed. The classes may no longer be an accurate representation of the marshes as they are today, especially considering the highly dynamic nature of the intertidal habitats (Ladd et al., 2019; Ladd, 2021). However, these mapping products remain the best quality data currently available.



Soil sampling

A total of 752 soil samples were collected from saltmarshes across GB (Figure 1B) between 2018 – 2021 with the aim of quantifying surficial OC stocks. Of these, 393 surficial soil (top 10 cm) samples were collected from Scottish saltmarshes using a mix of either modified syringe samplers (60 ml syringe with end cut away, creating a 10 cm length barrel with a 3 cm diameter), or a 3 cm gouge corer by the project team. Both sampling methods are designed to reduce the effect of compaction of the fibrous layers of saltmarsh soil (Smeaton et al., 2020). Soil samples were collected in conjunction with detailed vegetation surveys designed to explore the relationship between vegetation and soil OC, alongside investigating the accuracy of current saltmarsh mapping and to assess potential changes in vegetation composition and aerial extent since mapping occurred. The vegetation surveys were undertaken following a standard protocol where, at each site, a 1 m2 quadrat was placed on the marsh and percentage coverage of each plant species estimated. Vegetation composition was then assigned following the NVC scheme (Rodwell, 2000).

A further 369 samples were collected by volunteer citizen scientists as part of the “CarbonQuest” initiative. The citizen scientists were provided with a pack of five modified color-coded syringe samplers and instructions to collect samples at equal distances along a land-to-sea transect and to freeze the samples upon collection. Sampling locations were recorded by extracting coordinates from image files associated with photographs taken of each soil core in situ with a GPS-enabled smart phone. Surveys were completed between August and October 2019, and all samples were received by the University of St Andrews by November 2019. Samples were stored at -20°C prior to analysis. The location data was quality-checked to assure the sampling protocol was followed and that samples were collected from appropriate locations (saltmarsh vs freshwater wetland). This was achieved by comparing the sampling locations to current saltmarsh maps and high resolution (25 cm) aerial photography. If the sample location did not overlap with known saltmarsh habitats, the sample was removed from the sample set and did not undergo laboratory analysis. As the identification and quantification of vegetation coverage and composition requires specialist expertise, it was not possible for all the citizen scientists to provide this level of detail. Therefore, each sample was assigned a classification (NVC, Simplified NVC, marsh zone) using the existing saltmarsh maps.



Soil physical property and geochemical analysis

The samples within the syringe tubes were visually inspected and the length of the sample measured to assure accurate quantification of sample volumes (cm3) was recorded. The samples were extruded from the syringe and the soil was described according to the British Columbia protocol for estimating soil texture (www.for.gov.bc.ca/isb/forms/lib/fs238.pdf). This approach uses simple qualitative measures (graininess, moistness, stickiness, and ability to hold a form without breaking apart when rolled) to classify the soil to one of twelve soil categories (Supplementary Table 2) which can be further simplified into sandy, non-sandy and organic (>40% organic matter (OM) classes (Ford et al., 2019).

The extruded soil samples alongside the samples collected using the gouge corer were oven dried at 60°C for 72 hrs and weighed. Using the dry mass and the sample volume (prior to drying) the dry bulk density was calculated following the approach of Dadey et al. (1992):

 

The dry samples were then milled to a fine powder and split into two subsamples to undergo loss on ignition (LOI) and elemental analysis. The quantity of OM within each sample was determined by LOI following the approach of Craft et al. (1991) to allow for global comparison. Briefly, 1 g of milled sample was placed in a crucible and dried overnight at 105°C to remove any moisture the crucible was then transferred to furnace to be combusted at 450°C for 4 hrs. The sample was weighed before and after each stage allowing the OM content of the soil to be calculated.

The OC content of the soil was determined by placing 10 mg of sample into silver capsules. The samples were acidified with HCl (10%) to remove carbonate (CaCO3). The acidified samples were dried overnight at 50°C and sealed. The OC contents of the sealed samples were measured using an Elemental Analyzer (Elementar Vario EL Cube; (Verardo et al., 1990; Nieuwenhuize et al., 1994). Triplicate measurements of samples (n = 30) produced standard deviations (1σ) of 0.04% for OC. Further quality control was assured by repeat analysis of high OC sediment standard (B2151) with reference values for C of 7.45 ± 0.14%, the reference standards (n = 76) deviated from the known OC values by 0.08%.



Secondary soil data

Saltmarsh soil (top 10cm) dry bulk density and OM data for 265 sampling sites across the saltmarshes of Morecambe Bay and Essex were extracted from the Coastal Biodiversity and Ecosystem Service Sustainability (CBESS) project outputs (Ford et al., 2015; Ford et al., 2016a; Ford et al., 2016b; Ford et al., 2016c). This dataset was further supplemented by additional data from Morecambe Bay marshes (Baugh, 2019), the Ribble Estuary (Ford et al., 2012) and Welsh marshes (Ford et al., 2019).



Organic matter vs organic carbon

With the exception of Baugh (2019), the secondary datasets do not report the OC content of the soil but rather the OM content measured by LOI. To convert the OM data to OC different conversion factors can be applied, the most common of which is Van Bemmelen (1890) which assumes that 58% of OM is OC resulting in a 1.724 conversion factor to transform OM to OC (Van Bemmelen, 1890). Though widely used the Van Bemmelen (1890) approach is now considered problematic and is not supported by empirical measurements both in terrestrial and saltmarsh soils (Pribyl, 2010; Ouyang and Lee, 2020). In saltmarsh studies the OM to OC conversion developed by Craft et al. (1991) has been widely applied globally and in general performs well in organic rich systems such as those in North America. Yet, the performance of the Craft et al. (1991) conversion in organo-mineral systems such as the saltmarshes of GB is uncertain. Using the data collected from the saltmarshes of GB, a bespoke OM-OC conversion was developed following the methodology of Craft et al. (1991). Using the new bespoke conversion factor the OM data compiled from the literature were converted to OC and integrated into the main dataset.



Quantifying soil OC stocks

The surficial (top 10cm) soil OC stocks were determined for the GB saltmarshes following the calculation steps outlined in Smeaton et al. (2020) (eq.2-4). For each of the four geo-regions, the mean (and standard deviation) soil dry bulk density and OC content were compiled for each NVC, simplified NVC and marsh zone. A hierarchical approach was used to populate each of the equations (eq 1-3). Where possible dry bulk density and OC data for each NVC (i.e., SM13a) for a given geo-region was utilized in the calculations. If no data was available, surrogate values were utilized in descending order: simplified NVC (i.e., SM13), marsh zone (i.e., mid-low), geo-region average values, and finally national average values. The areal extent of the NVC and marsh zones was taken from the marsh classifications (Section 3.1).

 

 

 

The calculation steps (eq.2-4) were undertaken within a Markov Chain Monte Carlo (MCMC) framework allowing improved estimations of the uncertainties associated with the quantified OC stocks. MCMC analysis was applied using the OpenBUGS software package (Lunn et al., 2009) by taking 1,000,000 out of 100,000,000 random samples from a normal distribution of each variable (area, dry bulk density, OC content) to populate equations (eq.2-4). This process generates a significant quantity of solutions which follow a normal distribution. The application of standard descriptive statistical techniques to the pool of generated solutions allows the mean, standard deviation, minimum, maximum, and 5th, 50th (median), and 95th percentiles to be calculated.

 

For each of the four geo-regions and GB as a whole, the area normalized soil OC storage was calculated following equation 5 within the MCMC framework for each available NVC alongside the marsh zones. The outputs from these calculations were combined with the geospatial data (Section 3.1) to create a new bespoke geospatial dataset illustrating soil OC storage across the saltmarshes of GB, and allowing the quantification of individual marsh soil OC stocks.




Results and interpretation


Saltmarsh areal extent and vegetation

The GB wide mapping (Haynes, 2016; Natural Resources Wales, 2016; Environment Agency, 2021) estimates that saltmarsh habitat occupies an area of 451.65 km2, in line with previous studies (Burd, 1989; Jones et al., 2011; Burden et al., 2020). English saltmarshes represent 74% of all saltmarsh habitat in GB, with Scottish and Welsh marshes each accounting for 13% of the areal coverage (Table 1). Across the four geo-regions (Adam, 1978), 92% of saltmarsh habitat can be found in the Western (44%) and South Eastern (48%) geo-regions, with the remaining 8% spread across the Western Scotland and Eastern Scotland regions (Table 1).


Table 1 | Areal extent (km2) of saltmarsh habitat across the nations of Great Britain, and the four geo-regions (Adam, 1978; Figure 1).



The differences in vegetation communities within each geo-region reflect the classification developed by Adam (1978). The clearest of these differences is the zonation of the marshes and the occurrence of Spartina (Table 1; Supplementary Figure 2). The marshes located in the Western Scotland and Eastern Scotland geo-regions are similar in that 96% and 86% of the total marsh area is classified as mid-low marsh vegetation respectively (Table 1). The differentiating factor between these two regions is the greater abundance of pioneer and high marsh vegetation found in the Eastern Scotland region when compared to Western Scotland (Table 1). The marshes of the Western and South Eastern regions are still dominated by mid-low marsh vegetation with 66% and 50% aerial coverage, but a greater proportion of the vegetation is classified as pioneer and high marsh (Table 1; Supplementary Figure 2). The presence of Spartina in these regions is also a defining factor, with 7% of the Western and 18% of geo-regions marshes being dominated by Spartina in comparison only 0.7% and 0.1% of the marshes in the Western Scotland and Eastern Scotland regions (Table 1).

To determine the accuracy of the current saltmarsh maps (Haynes, 2016; Natural Resources Wales, 2016), NVC classifications (Rodwell, 1991) were derived from vegetation surveys carried out in Scotland (Miller et al., 2022) and Wales (Ford et al., 2019) and compared to the mapped NVC class in these areas. Of the simplified 584 NVCs derived from the vegetation surveys, 2% of the data points differ and these are confined to the highly dynamic (Ladd, 2021) pioneer zone. To account for lateral marsh dynamics (Ladd et al., 2019) since the vegetation classification surveys were done, an uncertainty value of 5% was applied to all areas used to determine soil OC stock to assure robust uncertainty estimates.



Saltmarsh soil physical and geochemical composition


Dry bulk density

The dry bulk density values are comparable to both global datasets from muddy and sandy intertidal soils and sediments (Bradley and Morris, 1990; Flemming and Delafontaine, 2000) and existing data from GB (Beaumont et al., 2014; Ford et al., 2019; Marley et al., 2019; Smeaton et al., 2020). Across the four geo-regions there are distinct differences, largely driven by the dominant substrate found in the estuary (e.g., mud vs sand). Both the Western Scotland and Eastern Scotland regions are dominated by soils defined as non-sandy and organic which is reflected in the dry bulk density data (Figures 3A, B). Average soil dry bulk density values of 0.39 ± 0.25 g cm-3 and 0.54 ± 0.30 g cm-3 are observed in the Western Scotland and Eastern Scotland regions respectively. The dry bulk density values found in the Western region are the highest observed (Figure 3C) reflecting the sandy nature of many of these systems (Adam, 1978; Burd, 1989; Ford et al., 2019; Harvey et al., 2019). The average soil dry bulk density from this region is 0.88 ± 0.36 g cm-3, almost double that measured in any other region. The highest values are found in the pioneer zone (1.31 ± 0.10 g cm-3), decreasing as soils become more organic in the high marsh (Figure 3C). In the South Eastern region, soil dry bulk density varies little between marsh zones with an average value of 0.63 ± 0.26 g cm-3 observed. As with the Western geo-region, the highest values are found in the pioneer zone, decreasing across the transition landward to an average dry bulk density of 0.51 ± 0.22 g cm-3 in the high marsh.




Figure 3 | Soil dry bulk density (g cm-3) values associated with different saltmarsh vegetation and zones across the four geo-regions (A–D) of Great Britain. Error bars represent 1s. Full breakdown of the OC data can be found in Supplementary Figure 3 and Supplementary Table 4.





Organic carbon


Organic matter vs organic carbon

A linear regression between LOI and OC (p < 0.001, R2 = 0.83) produced a bespoke conversion for GB saltmarshes (eq.6).

 

Using this new conversion (Figure 4), the data compiled from the literature (Section 3.4) was converted from % OM data to % OC, which can be used alongside the data produced through elemental analysis (Section 3.3)




Figure 4 | Correlation between the quantity of OM measured by loss on ignition (LOI) and OC content derived from elemental analysis for 766 saltmarsh soil samples of differing texture (sandy, non-sandy and organic) from across Great Britain (p < 0.001; R2 = 0.83). Grey dotted lines represent the 95th percentile prediction bands.





Organic carbon content

The OC content of GB saltmarshes ranges between 0.02% in sandy soils to 59.7% in organic-rich soils (Figure 5). The values measured in this study are comparable to other data from GB (Andrews et al., 2008; Burden et al., 2013; Beaumont et al., 2014; Marley et al., 2019; Smeaton et al., 2020) and other temperate saltmarshes (Mueller et al., 2019a; Mueller et al., 2019b; Penk and Perrin, 2022).




Figure 5 | Soil OC content (%) values associated with different saltmarsh vegetation and zones across the four geo-regions (A–D) of Great Britain. Error bars represent 1s. Full breakdown of the OC data can be found in Supplementary Figure 4 and Supplementary Table 5.



All regions generally display a trend of increasing soil OC content upon moving from the pioneer to high marsh zones. Whilst these trends exist in all regions, the quantity of OC found in the soils varies. Western Scotland and Eastern Scotland contained the highest quantities of OC (Figures 5A, B), with average OC contents of 15.23 ± 7.62% and 14.39 ± 8.73% respectively. For both regions, soils associated with the vegetation classes SM13, SM16, and SM28 had the greatest OC content (Figure 5). The high OC content of the saltmarsh soils within these two geo-regions is potentially driven by high allochthonous OC input from the neighboring OC rich terrestrial environment (Lilly and Donnelly, 2012). The marshes within the Western Scotland region have the highest observed OC values (Figure 5A); within this region terrestrial derived OC has been shown to be the dominant component of near shore (fjords) sedimentary OC stores (Smeaton and Austin, 2017). Therefore it would not be unexpected that the high OC contents in the saltmarshes at head of these systems was due to the presence of large quantities of terrestrial OC. In comparison, the OC content of the Western region was considerably lower, with an average OC value of 5.85 ± 4.72%. The low OC content of these soils is likely due to these marshes being dominated by sand. The physical properties (e.g., low porosity) of sandy soils generally do not provide the conditions (e.g., low oxygen) to preserve and retain OM (Yost and Hartemink, 2019) resulting in low OC contents (Figure 4). In the Western region, there is a distinct difference in OC content of the soils upon moving landward (Figure 5C), with the pioneer zone on average containing 3.91 ± 2.40% OC, with values reaching 7.31 ± 3.92% OC in the high marsh. For context, the highest values in the Western region are broadly comparable to OC values measured in the pioneer zone of the Eastern Scotland region (Supplementary Table 5). Saltmarsh soils within the South Eastern region contain similarly low quantities of OC, with an average value of 6.53 ± 3.21%. The highest soil OC content (9.57 ± 5.37% OC) was again observed in the high marsh.





Data validation

Soil dry bulk density and OC content values were checked for outliers (Supplementary Figure 5). Two samples with very high OC contents (>60%, all other samples <35%) and two with very low bulk density were excluded.



Soil OC stocks of Great British saltmarshes

Surficial soils (top 10 cm) within GB saltmarshes hold an estimated 2.32 ± 0.47 Mt of OC. The Western geo-region saltmarsh soils hold the greatest quantity of OC (1.12 ± 0.36 Mt OC) followed by the South Eastern region (0.96 ± 0.29 Mt OC) with the soils within the Western Scotland and Eastern Scotland holding < 0.15 Mt each (Figure 6A). Despite containing lower volumes of OC per soil unit area than any other geo-region, C stocks were highest in the western geo-region by virtue of having the largest marsh extent. The Western and South Eastern marsh extent is > 10 times greater than that found in either the Western Scotland and Eastern Scotland regions (Table 1). The patterns observed in the geo-regions are closely mirrored in the national saltmarsh surficial (top 10 cm) soil OC stocks with the English marshes hold an estimated 1.601 ± 0.426 Mt of OC, whilst Scottish and Welsh marshes hold similar OC quantities (Table 2).




Figure 6 | Saltmarsh surficial soil (A) OC stocks (Mt) and (B) soil OC storage (kg OC m-2) for the different saltmarsh zones within the four geo-regions of Great Britain. Error bars represent 1σ. Full statistical breakdown of the OC stocks can be found in Supplementary Tables 6-10.




Table 2 | Summary of surficial (top 10 cm) soil OC stocks (Mt) for the four saltmarsh geo-regions, and nations within Great Britain. Full statistical breakdown of the OC stocks can be found in Supplementary Tables 6-10.



GB saltmarsh OC stocks have been estimated at 0.7 - 13 Mt OC (Beaumont et al., 2014; Luisetti et al., 2019; Legge et al., 2020), however differences in sampling depth make it difficult to directly compare these with each other and with this study at the GB scale (Table 3), therefore for fair comparisons it is important to compare like-for-like estimates (i.e. stocks derived from the top 10 cm of soil). Surficial soil (top 10 cm) OC stocks have been recently estimated for Scotland (Austin et al., 2021), Wales (ABPmer, 2020), and GB (scaled from NW Europe to match the extent of GB marshes; Legge et al., 2020) at 0.368 ± 0.102, 0.32, and 0.7 – 2.8 Mt OC respectively. The estimates for Scotland (Austin et al., 2021) were calculated using an early version of the data utilized in this study using a simplified calculation methodology, therefore the similarity in OC stocks is not surprising. The surficial (top 10 cm) saltmarsh soils of the Republic of Ireland are estimated to hold 0.265 Mt of OC (Penk, 2019). The saltmarshes of the Republic of Ireland occupy an area of 69.26 km2, are within the same climatic zone, and have similar vegetation composition (Penk and Perrin, 2022) to GB saltmarshes. These Irish systems are similar in size to the Scottish and Welsh saltmarshes and produce comparable OC stocks (Table 2).


Table 3 | Saltmarsh surficial soil OC stock estimates from this study in comparison to existing OC soil stocks from Great British and temperate saltmarsh systems. Note that Beaumont et al. (2014) estimates are for depths 0 - 50 or 0 - 100 cm.



Across the GB saltmarshes, the greatest quantity of OC is stored in the mid-low marsh zone, followed by the high marsh (Figure 6A). This is largely because the aerial extent of the mid-low marsh zone is 3 times greater than the high marsh extent. The disparity in the extent of the high to the mid-low marsh zones is a key indicator of coastal squeeze (Hughes and Paramor, 2004) which has primarily been driven by the need to expand agricultural land in Great Britain since the 17th century (Smout, 2003). Saltmarsh soils in the Western Scotland and Eastern Scotland geo-regions have the highest soil OC storage (i.e., OC stock normalized for area; Figure 6B) with values of 6.28 ± 2.97 kg OC m-2 and 7.94 ± 3.30 kg OC m-2 respectively. In the saltmarsh soils of Western and South Eastern regions where the largest stocks are located, we observe lower OC storage values of 5.18 ± 1.69 kg OC m-2 and 4.15 ± 1.27 kg OC m-2 respectively. These differences are potentially driven by local sediment loads, sedimentation rates, dilution of the OC by minerogenic input and by the underlying substrate. Marshes with sandy soil (Western and South Eastern) generally have higher dry bulk densities (Figure 3) than their muddy counterparts and fail to trap and store OM (Figure 5) (Kelleway et al., 2016). OC storage values reported here are comparable to previous studies in Scotland (4.4 to 6.5 kg OC m-2; Austin et al., 2021), Wales (5.56 kg OC m-2; ABPmer, 2020), and the Republic of Ireland (3.8 kg OC m-2; Penk, 2019).



Mapping soil OC storage and stocks

The new spatial mapping of OC storage allows the calculation of site-specific OC stocks, providing managers and policymakers a bespoke tool to assist in the management of these systems at both the local and national scale. By combining current saltmarsh maps (Haynes, 2016; Natural Resources Wales, 2016; Environment Agency, 2021) with the calculated NVC and marsh zone specific OC densities (Supplementary Tables 11-14), it is possible to gain a geospatial understanding of OC across saltmarshes (Figure 7) and calculate saltmarsh specific surficial soil OC stocks (Figure 8). The OC density maps highlight changes in OC storage between saltmarshes and within the marshes themselves from the pioneer to high marsh zones (Figure 7).




Figure 7 | Examples of OC storage (kg OC m-2) mapped across (A) Scotland – Caerlaverock marsh (54.969555, -3.484984), (B) Wales – Dovey (Dyfi) Estuary (52.543454, -3.977258) and (C) England – The Wash (52.926668, 0.061452). Full geospatial dataset (Smeaton et al., 2022) can be found at: https://catalogue.ceh.ac.uk/documents/cb8840f2-c630-4a86-9bba-d0e070d56f04.






Figure 8 | Mapped surficial soil OC stocks (tonnes) for individual saltmarshes across Great Britain. Size of circle represent the absolute magnitude of the stock (tonnes) while the colors highlight ranges: Red: < 1,000 tonnes OC, Blue 1,000 – 10,000 tonnes OC, Green: 10,000 – 50,000 tonnes OC, Purple: 50,000 – 100,000 and Orange > 100,000 tonnes OC. Full breakdown of OC stocks can be found in the supplementary data.



Marshes in the Ribble Estuary (53.711340, -2.943835) hold the largest OC stock (139,916 tonnes OC) followed by the saltmarshes found in the the major estuaries of GB such as the Wash (52.926668, 0.061452), Morecambe Bay (54.175172, -2.849556) and the Solway Firth (54.969555, -3.484984). The saltmarshes in Essex, the Solent, Dornoch Firth and Cromarty Firth are smaller and hold less OC within their soils. A large number of small marshes within these areas does result in OC stocks equivalent to the largest marshes (Figure 8; Supplementary Data). Of the 438 marshes with surficial soil OC stocks, 229 marshes hold < 1000 tonnes OC in their surficial soils, with only 30 exceeding > 20,000 tonnes of OC (Supplementary Data). This results in large disparity in the distribution of OC across GB saltmarsh with 7% of saltmarshes accounting for 55% of soil OC storage.

The spatial mapping of OC density and marsh specific OC stocks are designed to assist environmental managers and policymakers in determining how best to protect and preserve these important coastal environments and how best to move forward with the inclusion of saltmarshes in national C accounting. To that end, data used to create these maps is freely available. It is envisaged that these decision support tools will evolve as new spatial mapping is introduced and/or when additional soil parameters (e.g., dry bulk density and OC content) become available.




Conclusion

There is a growing international awareness that the burial and storage of OC in saltmarshes may provide a nature-based solution to regulating atmospheric C. A fundamental opportunity therefore presents itself to society, namely, to manage and protect these important OC hotspots from increasing climatic and anthropogenic threats. Quantifying the magnitude of the surficial soil OC stocks and how it is spatially distributed across the GB saltmarshes is a critical foundational step towards this goal. The surficial soils (top 10 cm) of GB saltmarshes contain 2.32 ± 0.47 Mt OC. Across GB marshes there is a disparity in OC stocks, the Scottish systems hold more carbon per unit area but the extreme differences in marsh extent result in the expansive marshes of England holding 69% of the total soil OC. The new spatial mapping products could not have readily been produced without the assistance of UK citizen scientists and are envisaged to provide decision support tools to assist in the management of these important C resources. The mapping has highlighted that a small number (n = 30) of large marshes located in the major estuaries (The Wash, Morecambe Bay and the Solway Firth) represent 55% of the total soil OC stock. This raises the fundamental question on how to best manage these ecosystems for C at a national scale, do we take a holistic approach for all marshes, or do we focus our efforts on the C rich areas? Although this study provides an additional contribution to the quantification and understanding of GB saltmarsh soils and their OC stores as a significant component of UKs natural capital, this new understanding of surficial soil OC stocks only represents a first step towards answering this question. The mechanisms that govern the accumulation, preservation and long-term storage of OC in these systems remain poorly defined across GB saltmarshes.
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Continental shelf sediments store large amounts of organic carbon. Protecting this carbon from release back into the marine system and managing the marine environment to maximize its rate of accumulation could both play a role in mitigating climate change. For these reasons, in the context of an expanding “Blue Carbon” concept, research interest in the quantity and vulnerability of carbon stored in continental shelf, slope, and deep ocean sediments is increasing. In these systems, carbon storage is physically distant from carbon sources, altered between source and sink, and disturbed by anthropogenic activities. The methodological approaches needed to obtain the evidence to assess shelf sea sediment carbon manageability and vulnerability within an evolving blue carbon framework cannot be transferred directly from those applied in coastal vegetated “traditional” blue carbon habitats. We present a toolbox of methods which can be applied in marine sediments to provide the evidence needed to establish where and when marine carbon in offshore sediments can contribute to climate mitigation, focusing on continental shelf sediments. These methods are discussed in the context of the marine carbon cycle and how they provide evidence on: (i) stock: how much carbon is there and how is it distributed? (ii) accumulation: how rapidly is carbon being added or removed? and (iii) anthropogenic pressures: is carbon stock and/or accumulation vulnerable to manageable human activities? Our toolbox provides a starting point to inform choice of techniques for future studies alongside consideration of their specific research questions and available resources. Where possible, a stepwise approach to analyses should be applied in which initial parameters are analysed to inform which samples, if any, will provide information of interest from more resource-intensive analyses. As studies increasingly address the knowledge gaps around continental shelf carbon stocks and accumulation – through both sampling and modelling – the management of this carbon with respect to human pressures will become the key question for understanding where it fits within the blue carbon framework and within the climate mitigation discourse.
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Introduction

Continental shelf sediments store large amounts of organic carbon (e.g., 21-73 Tmol C in the upper 10 cm of northwest European shelf sediments; Legge et al., 2020; Figure 1). This carbon is both allochthonous, sourced from terrestrial ecosystems (Santos et al., 2021), and autochthonous, derived from marine primary productivity. Organic carbon (Corg) is transported and transformed in the water column before reaching the seabed where it is further modified or buried (Najjar et al., 2018; LaRowe et al., 2020; Luisetti et al., 2020). Protecting this marine sedimentary carbon from release back into the marine system and managing the marine environment to maximize its accumulation and sequestration would contribute to climate change mitigation.




Figure 1 | Estimates of marine organic carbon stocks for the northwest European shelf (NWES), from Legge et al., 2020, alongside schematic representation of carbon sampling in continental shelf highlighting some of the challenges compared to coastal blue carbon ecosystems. Cylinder volume is proportional to the mid-point of the coastal and shelf organic carbon stock estimates, with the full estimate range also given. Benthic stock is for the upper 10 cm of sediment. OC: organic carbon.



Blue carbon has become a high-profile topic in conservation and policy discussions, driving the need for a robust scientific evidence base on stocks and accumulation rates of marine carbon (e.g., Lovelock and Duarte, 2019; Macreadie et al., 2019; Christianson et al., 2022). As an emerging research area, blue carbon has been defined differently between studies, and there is ongoing discussion about which elements of marine carbon could and should be included in the blue carbon concept in different contexts (e.g., Krause-Jensen et al., 2018). Lovelock and Duarte (2019) set out criteria to determine if the carbon in a marine ecosystem should be considered as blue carbon from a climate mitigation perspective: removing greenhouse gasses at a significant scale, providing long-term storage for fixed carbon dioxide (CO2), the system being negatively impacted by anthropogenic activities, and the ability to manage the system to maintain or enhance the carbon services without social or environmental harm. Systems which satisfy these conditions are said to be “actionable” if they can be incorporated into existing mitigation policies. Herein, we consider blue carbon to be the organic carbon stored in marine ecosystems which contributes to climate change mitigation in a manageable way.

The traditional blue carbon ecosystems which can currently be included in formal carbon accounting mechanisms (IPCC, 2008; IPCC, 2013) are mangroves, seagrass, and saltmarsh (e.g., Luisetti et al., 2019; Luisetti et al., 2020), but research is increasingly bringing additional systems into the blue carbon discourse, recognising that these habitats (and their carbon) are not isolated from marine carbon cycling in the rest of the ocean (Santos et al., 2021). Macroalgae, for example, are recognized as a significant biomass carbon store, but since carbon is not sequestered long term within the habitat itself it is difficult to include in blue carbon financing frameworks (Krause-Jensen and Duarte, 2016; Krause-Jensen et al., 2018; Dolliver and Connor, 2022; Duarte et al., 2022). Several recent studies and ongoing research aim to improve recognition of the carbon storage ecosystem service macroalgae provide by evidencing their role as a carbon-donor habitat to sediments, such as those considered here (e.g., Trevathan-Tackett et al., 2015; Pessarrodona et al., 2018; Wernberg and Filbee-Dexter, 2018; Kokubu et al., 2019; Ortega et al., 2019; Queirós et al., 2019; Filbee-Dexter et al., 2020).

Similarly, research interest in the quantity and vulnerability of carbon stored in continental shelf, slope and deep ocean sediments is increasing (e.g., Avelar et al., 2017; Atwood et al., 2020; Legge et al., 2020; Smeaton, et al., 2021a; Sala et al., 2021). In these systems, carbon is less directly coupled to primary productivity than in coastal blue carbon habitats. The methodological approaches needed to obtain the evidence to assess shelf sea sediment carbon manageability and vulnerability within an evolving blue carbon framework cannot be transferred directly from those applied in traditional blue carbon habitats: different issues need to be considered, a multi-tool approach taken, and new and emerging techniques used.

Here, we set out how to obtain the evidence needed to establish where and when marine carbon in offshore sediments can contribute to climate mitigation, focusing on continental shelf sediments. The key questions to be addressed in this context are: (i) stock: how much carbon is there and how is it distributed? (ii) accumulation: how rapidly is carbon being added or removed? and (iii) anthropogenic pressures: is carbon stock and/or accumulation vulnerable to manageable human activities? These blue carbon focused questions link directly to the marine carbon cycling questions of carbon provenance and carbon reactivity. This research will provide the foundation upon which to determine if carbon in shelf sediments can be incorporated, without social or environmental harm, into existing climate mitigation frameworks and policy instruments and thus be considered actionable blue carbon.

Marine scientists have a range of measurement and analysis tools available to provide answers to these questions, from routine, rapid, low-cost analyses to highly specialized techniques which are still in development. We discuss these in turn as they relate to the underlying scientific questions. Together, they make up the marine sediment carbon toolbox from which appropriate sampling and analytical approaches can be chosen for the studies which will fill the evidence gaps identified and enable improved assessment of the role of the seabed in climate change regulation.



Carbon stocks


Quantifying stocks

The amount of organic carbon locked away from connection with the atmosphere, or – in the case of sediments, the ocean water column – is the fundamental parameter determining if and where shelf sea sediments satisfy the blue carbon criterion of “significant carbon storage”. The distribution of carbon stocks must be known in order to consider their importance, vulnerability and manageability.

The Blue Carbon Initiative1’s manual designed to provide standardized guidance to managers for assessing carbon stocks and emissions factors (Howard et al., 2014), enumerates the three elements required to quantify stocks: (i) (total) organic soil thickness (depth to underlying hard substrate), (ii) dry bulk density, (iii) organic carbon content (%Corg). In the context of continental shelf sediments, dry bulk density and organic carbon content remain critical, while total soil (sediment) depth is unlikely to be determined and furthermore not immediately relevant in the context of climate mitigation. The depth of interest is that which is likely to be disturbed by human activities, and thus contains “vulnerable” carbon stocks. In traditional blue carbon ecosystems the organic soil thickness is expected to vary from between 10 cm to over 3 m (Howard et al., 2014), and IPCC guidelines recommend the use of 1 m as a standard depth for reporting stocks in the absence of information on total soil depth (IPCC, 2008; IPCC, 2013). In marine sediments, the relevant depth of vulnerability will be influenced by the natural setting (e.g., water depth, sediment type, fauna) and the influence of potential disturbances (bottom trawling, deep-sea mining, dredging and disposal, etc., see Anthropogenic pressures). Many, though certainly not all, existing datasets are limited to near-surface sediments (e.g., upper 10 cm; Diesing et al., 2017; Wilson et al., 2018; Smeaton et al., 2021a) due to standard sampling procedures in routine monitoring programmes. Significant (and unquantifiable) uncertainty in estimated stocks is introduced where data are extrapolated beyond their measurement depth (e.g., to 1 m, Atwood et al., 2020) as it is not expected that Corg content remains constant between near-surface and deeper sediments. Generally, Corg is expected to decrease with depth due to remineralization/diagenesis (e.g., Burdige, 2007; Arndt et al., 2013; LaRowe et al., 2020) such that extrapolating near-surface carbon stocks to e.g., 1 meter depth would yield an overestimation of stock, and that deeply buried organic matter may be less labile and less likely to be remineralized to release CO2 if disturbed (see Characterising stock reactivity)

Determination of dry bulk density and organic carbon content in marine sediments are standard analyses which are routinely carried out by geologists, geochemists, and biogeochemists. Dry bulk density is the ratio of the mass of a dried sediment sample to its original volume. Porosity, the ratio of the volume of ‘voids’ (between sediment grains) to the total (wet) sediment mixture volume, is more frequently reported in marine sediments. Porosity is generally calculated by mass difference of wet and dried sediment, assuming a density for pore fluid (based on salinity) and sediment grains (typically 2650 kg cm-3 for quartz/feldspar) (e.g., Jenkins, 2005; Diesing et al., 2017). Empirical relationships have been used to estimate bulk density from sediment grain size (% mud) and Corg content itself (e.g., Diesing et al., 2017; Silburn et al., 2017; Atwood et al., 2020). The organic carbon content of marine sediments is commonly determined by elemental analyzer, alongside total carbon, inorganic carbon, and organic matter carbon: nitrogen (C:N) ratio (Verardo et al., 1990; Nieuwenhuize et al., 1994; Harris et al., 2001). This well established method, and its advantages over the lower-cost loss on ignition (LOI) approach, which relies on determining a habitat and/or site-specific conversion between organic matter and organic carbon, is described in detail in Howard et al. (2014) in the context of its application in coastal blue carbon habitats. A methodologically simplified approach based on ramped thermal heating alongside CO2 detection by infrared spectrometry has recently been applied to marine sedimentary carbon (Smeaton, et al., 2021a).

Total carbon stocks are usually derived by extrapolating spatially limited observations over a relevant spatial area to generate an inventory. The validity of, or numerical uncertainty in, the estimated total stock then depends on how representative the sampled sites are of the larger area of interest (Howard et al., 2014). Where this is partially addressed by estimating a different stock for different spatial sub-units (e.g., Burrows et al., 2014; Watson et al., 2020; Gregg et al., 2021), additional uncertainty is introduced by the estimation of the extent of the area for each. It is important to recognize the large uncertainty in values obtained by multiplying estimated stock over a large estimated area (discussed for soil Corg in Goidts et al., 2009). Since measurements in marine sediments require sampling from a research vessel, at high cost, achieving adequate spatial resolution for high confidence inventories is particularly challenging. Furthermore, there is a tendency for observations to be biased to near-coast and, because sediment coring is more challenging in coarse sediments, to higher mud-content sediments which are expected to contain high Corg (Figure 5 in Smeaton et al., 2021a). Linking carbon content to explanatory parameters (e.g., particle size, hydro-acoustic reflectance; Hunt et al., 2020) and applying statistical models or machine learning approaches to generate spatially resolved maps (Serpetti et al., 2012; Diesing et al., 2017; Wilson et al., 2018; Atwood et al., 2020; Smeaton et al., 2021a), can help to overcome issues of spatial bias in observations but assumes carbon processing, which controls stock, occurs in the same way across the region of interest. Co-measurement of the key physical and carbon content properties is a fundamental requirement for producing accurate stock assessments therefore determining additional sediment and environment parameters alongside carbon stocks adds significant value to carbon stock measurements.

Marine carbon stocks can also be determined by modelling. Process-based biogeochemical modelling studies focused on shelf sea carbon cycling (e.g., Kühn et al., 2010; Wakelin et al., 2012) generally assume marine carbon ultimately derives from marine primary production and, crucially, that most organic detrital carbon in the benthic system is remineralized over an annual cycle. With this assumption, models typically predict stocks of benthic Corg one to two orders of magnitude lower than observed (Aldridge et al., 2017). This discrepancy is resolved if it is assumed the models follow only the relatively labile carbon most important for correctly modelling the annual recycling of carbon and nutrients, whilst most of the observed carbon stock is highly refractory: does not degrade significantly over annual timescales. However, this means that model results do not, at present, provide appropriate stock values for sediment carbon inventories. Long term storage (sequestration) of highly refractory (non-mineralizable) carbon has been implemented within models, for example by explicitly assuming a background flux (Soetaert et al., 1996) or assuming a fraction of more labile carbon becomes deeply buried and no longer undergoes degradation (Butenschön et al., 2016).



Characterising stock provenance

To apply the blue carbon accounting framework, organic carbon in marine sediments must be linked back to the source of photosynthesis to avoid “double-counting”. For example: macroalgal carbon being accounted for in a carbon valuation of the coastal macroalgae habitat, and then again in offshore marine sediments where it is eventually buried. To protect or enhance the carbon storage potential of shelf sediments, management measures need to be applied not only locally, but also to the key carbon source ecosystems. Furthermore, the vulnerability of organic carbon in marine sediment to disturbance, in terms of release back towards the water column, is determined in part by its provenance as this influences how readily it is broken down and remineralized to CO2.

The primary production of much of the organic carbon subsequently stored in marine sediments occurred elsewhere: on land or in coastal habitats. In shelf seas marine phytoplankton are an important organic carbon source, though much of this carbon is expected to be recycled back to CO2 within ocean waters (e.g., Humphreys et al., 2019; Dang, 2020). In shallow waters, even away from the coast, microphytobenthos also fix carbon at the sediment surface (e.g., Reiss et al., 2007). Fundamentally, linking stored carbon to its source(s) relies on constraining the properties of the source itself: potential sources should be identified and analysed wherever possible, which is more challenging when carbon storage occurs at a distance from the carbon source and molecular properties are modified between source and sink.

In being transported to marine sediments, and after having been deposited there, organic matter is typically transformed by physical (Ausín et al., 2021) and biogeochemical processes (Middelburg, 2018; Kharbush et al., 2020). This chemical alteration makes it more difficult to identify the provenance of different components of sediment organic matter. Moreover, it often renders the organic material molecularly uncharacterizable. Within the sediments, interaction with the mineral surface (Kleber et al., 2021), and with iron minerals in particular (Lalonde et al., 2012) have been suggested as a key mechanisms for this. This fraction of the input organic carbon that is sequestered long-term in marine sediments, largely significantly altered from its original molecular form, is that which is largely resistant to remineralization to inorganic carbon. Organic carbon which is less altered, and thus more reactive/vulnerable to disturbance, can also be buried in marine sediments in environments of low biological activity (e.g., under low oxygen or low temperature conditions; Canfield, 1994).

Methods for determining the provenance of organic carbon in coastal blue carbon ecosystems (tidal marshes, mangrove and seagrass meadows) were recently reviewed by Geraldi et al., (2019). These authors concluded that the more different properties of organic matter that can be determined - in other words: applying a multi-tool approach - the more likely it is a single source can be unambiguously identified. When characterizing organic matter, the methods that provide greater source specificity are those that are performed on the smallest fractions of the bulk material (e.g., compound-specific analyses; see Figure 2.1 in Bianchi and Canuel, 2011). Here we place relevant methodology in the context of continental shelf sediments and consider issues and sources of uncertainty.


Bulk organic matter characterization

The majority of organic carbon stored in marine sediments is molecularly uncharacterizable (termed MUC) and thus cannot be characterized in terms of the biochemical classes (such as proteins or fats) that form living organisms. MUC can often not be extracted from the sediment (e.g., using solvent extraction or acid hydrolysis), and/or cannot by hydrolyzed into recognizable monomers that are amenable to quantification methods; it must be investigated using methods that consider the bulk organic carbon pool. These methods are particularly powerful if they can be related to or calibrated against other established source indicators, or a mechanistic understanding of organic matter transformation and preservation processes.

The most general and routinely used methods, both in marine sediments and in coastal blue carbon habitats, are bulk organic matter carbon to nitrogen ratio [or nitrogen to carbon, see Perdue and Koprivnjak (2007)], and δ13C and δ15N. These analyses are typically used in combination as, for example marine sources of organic carbon can have δ13C ratios between -20 ‰ and -30 ‰ which lie within the range of C3 terrestrial plants (Meyers, 1994), and C:N ratios of soils can fall in the range of those of marine carbon sources (e.g., Zhao et al., 2015). Information from bulk organic matter characterization can be combined using various mixing models: binary (Thornton and McManus, 1994), three end-member (Gordon and Goni, 2003), and Bayesian (Smeaton and Austin, 2017). Within these models, bulk elemental (C:N) and isotopic ratios of Corg sources (i.e., terrestrial soils, vegetation and marine algae) are used to constrain, though not unambiguously identify, the proportion of the Corg originating from each of the sources.

Different isotopic systems (e.g., δ2H, δ18O, δ34S) could potentially provide additional specific information on source and transformations of the organic matter in some settings but they have not yet been applied to marine sediment samples even within coastal ecosystems (Geraldi et al., 2019) and significant methodological development is needed before they can provide additional information in the context of continental shelf carbon sources.

Pyrolysis gas chromatography mass spectrometry (py-GCMS) can be used to investigate the macromolecular composition of sedimentary organic matter, including compound classes such as lignins, cellulose, carbohydrates and proteins. The technique involves heating a sample (e.g., at 700 °C) in an anoxic environment to yield thermal degradation products which are analysed by GCMS. The method has the advantage of not needing solvent extraction, which makes sample preparation less laborious than many biomarker techniques (described in Biomarkers), while also looking at the whole organic carbon pool rather than only the extractable pool, which can constitute as little as ~5% of the total organic carbon (Sparkes et al., 2016).

For example, py-GCMS allowed Kumar et al. (2020) to identify that organic carbon in Ria Formosa Lagoon, Portugal, was dominantly from algal, bacterial and marine macrophyte sources, with very little from terrestrial sources, and that pollution was from spilled petroleum products and sewage. In the Siberian Arctic, py-GCMS allowed differentiation of types of terrestrial organic carbon, with nitriles and alkylbenzenes derived from humified soils, and furfurals linked to much fresher/less degraded polysaccharides (Guo et al., 2004). In the Barents Sea, Stevenson and Abbott (2019) detected ecosystem shifts with distance from the ice edge, based on changing relative proportions of groups such as alkylphenols, alkylbenzenes, polysaccharides, and alkenes plus alkanes. However, uncertainties about the sources of these groups, and about whether groups are specific to particular sources (e.g., chitin is derived from shrimp and zooplankton, but also from peptidoglycan in bacteria), meant that analysis alongside ecological data was necessary to draw firmer conclusions.

One challenge posed by pyrolysis is that thermal degradation yields hundreds of different compounds, leading to complex chromatograms, and data that are difficult to interpret in terms of organic matter source and degradation state. This challenge has been tackled in some cases (Guo et al., 2004; Guo et al., 2009; Sparkes et al., 2016) by selecting and quantifying a sub-set of compounds (e.g., phenol and pyridine) that can be fairly confidently linked to specific sources (lignin and marine proteins, respectively). Although this means that only a sub-set of total organic carbon is being used to draw conclusions, the full pool is nonetheless being accessed by the analysis, and it does provide a systematic means of making comparisons between samples.

Cross referencing pyrolysis results with more established organic carbon source indicators can help to overcome the challenge of compound classes not being unique to certain organic carbon sources. Sparkes et al. (2016) determined marine versus terrestrial source from the ratio of phenols to pyridines in samples from the East Siberian Arctic Shelf. Through additional analysis of samples along offshore transects they were able to show that phenols were dominantly (although not exclusively) terrestrial, and pyridines were dominantly (but not exclusively) marine. They then showed that their pyrolysis-based index correlated well with other terrestrial versus marine indices, including δ13C, R’soil, and the branched and isoprenoid tetraether (BIT) index, which allowed it’s calibration even though the compounds on which it was based were not exclusive to either marine or terrestrial carbon sources.



Biomarkers

Biomarkers are organic molecules that may be traced unambiguously back to a specific biological origin. They constitute an important source-tracking tool for the characterization of aquatic organic matter (Derrien et al., 2019). Organic matter is a highly complex mixture of different types of compounds with varying physio-chemical properties originating from diverse sources. This includes allochthonous sources outside the aquatic system (e.g., higher plants from the terrestrial environment), autochthonous sources within the aquatic system (e.g., plankton and macrophytes such as seagrasses), and anthropogenic sources (e.g., sewage and oil spills). The molecular biomarker approach to source-tracking involves targeting specific classes of organic compounds, such as lipids, pigments, lignin-phenols, carbohydrates, and proteins, which can inform on provenance of Corg present in marine depositional environments. As a targeted approach, biomarkers are selective by nature and thus represent a specific portion of the bulk organic matter pool.

Some lipids (e.g., sterols, fatty acids) and pigments (chlorophylls and degradation products, carotenoids) produced by specific organisms have been widely used to trace carbon sources within marine particulate organic matter; their recalcitrance makes them good indicators of material exported to marine sediments (Kharbush et al., 2020). Lipid biomarkers are widely considered to hold the most promise as indicators of organic carbon provenance (Derrien et al., 2017; Derrien et al., 2019; Geraldi et al., 2019). The lipids used in this context possess all the necessary qualities of a good biomarker, being ubiquitous, chemically and diagenetically stable, and structurally diverse. Lipids (commonly n-alkanes and fatty acids) have been used to track organic carbon provenance in numerous marine environments from diverse sources including anthropogenic, allochthonous, and autochthonous inputs (Derrien et al., 2019).

The n-alkanes are hugely abundant, simple, straight-chain lipid molecules produced by many lifeforms including terrestrial plants, aquatic plants, plankton, and bacteria. Their chain length provides the key diagnostic feature indicative of biological origin, whilst a predominance of an odd- or even- number of carbon atoms in the structure is also informative. Bacteria, algae, and plankton, for example, all produce short-chain n-alkanes (ca. <C20), while plankton exhibit a predominance of an odd number of carbons (15, 17, or 19), and bacteria, an even number of carbon atoms (16, 18, 20). Mid chain n-alkanes (ca C20-25) are associated with aquatic macrophytes such as seagrasses and saltmarsh plants. Long chain n-alkanes (C25-35) are found in the leaf wax of vascular plants and have a predominance of an odd number of carbons (27, 29, 31) and are largely from terrestrial sources. These variations in the n-alkane structure with associated biological origins led to the development of the carbon preference index (CPI) broadly as an indicator of terrestrial versus petrogenic sources (Bray and Evans, 1961). The CPI has since been adapted and developed alongside many other n-alkane biomarker indices including the average chain length (ACL) and numerous other marine-aquatic-terrestrial discriminating ratios capable of identifying organic matter sources (Derrien et al., 2017). Similar indices also exist for other lipids such as fatty acids and are fully reviewed in Derrien et al. (2017).

Whilst biomarkers can identify a wide range of different inputs to bulk organic matter, including providing high resolution for mixed sources (Derrien et al., 2017), like any analytical tool they also have their limitations. For example, constraining the sources of organic matter using biomarkers can sometimes be a challenge within more complex marine environments, such as those with significant coastal inputs in addition to marine and terrestrial sources. Advancing analytical methodologies include the very powerful combination of organic biomarkers, such as lipids, alongside the measurement of their specific isotopic signatures (typically stable C, H, N, O, S), termed compound-specific-isotope-analysis (CSIA). This technique imparts added value to the biomarker approach yielding increased specificity and the ability to discriminate between multiple and sometimes overlapping sources of organic matter. It utilizes the difference in isotopic composition of biomarkers from terrestrial, aquatic, and marine sources, which are all distinct and reflective of the CO2 substrate (e.g., atmospheric, aquatic, marine) used for photosynthesis.

Sikes et al. (2009) combined the n-alkane lipid biomarkers with δ13C to help resolve overlapping and masked sources of organic matter in surface sediments in the Hauraki Gulf, New Zealand. Bulk stable isotope analyses alone could not fully resolve the terrestrial signal, and n-alkane chain length indices were also insufficient due to overlapping and non-unique n-alkane signatures from confounding coastal sources (mangroves, seagrass) alongside the terrestrial and marine inputs. The differences in isotopic composition of biomarkers revealed by CSIA meant that the coastal input could be fully resolved from the terrestrial and marine signals. Sikes et al. (2009) thus demonstrated how an appreciable amount of purely terrestrial-derived organic matter was transported from input locations across the shelf and redistributed and buried in sediments including outer shelf locations towards the continental slope.

The ability to trace and quantify the allochthonous contribution to marine organic matter is essential for accurate carbon accounting (Kharbush et al., 2020). This involves understanding how terrestrial carbon moves through marine ecosystems: the traditional blue carbon ecosystems (mangroves, salt marshes, seagrass), as well as estuaries and continental shelf sediments, and how this carbon may subsequently be sequestered and stored. Lignin biomarkers are a powerful tool to probe the terrestrial contribution. Methodologies that continue to advance our understanding of the various distinct terrestrial inputs include the use of radiocarbon (as an addition to stable carbon and other elements) CSIA of lignin and other biomarkers. Tao et al. (2015) used the abundance and carbon isotope composition (13C and 14C) of n-alkane and fatty acid lipids and lignin-phenols to characterize source, composition, and age of suspended particulate organic carbon from the Yellow River, China. Natural allochthonous Corg inputs via rivers include recently biosynthesized biomass, pre-aged mineral-associated soil, and ‘ancient’ sedimentary rock sources. The latter two contain more refractory carbon as they have undergone prior processing and aging, and this has important implications for subsequent carbon cycling and storage in shelf sediments. Tao et al. (2015) found that, while bulk isotope measurements were relatively uniform for 13C and showed old 14C ages, it was only the differences in the 14C ages of individual biomarkers that could fully reveal the various individual and very different terrestrial Corg sources. Linking the terrestrial Corg to its distinct source or sources informed on the nature of the exported Corg. In the case of the Yellow River, the refractory nature of much of the particulate organic carbon supports the high burial rates observed for terrestrial Corg in the delta area.



eDNA

Environmental DNA (eDNA) refers to traces of DNA left behind in the environment (soil, water, air, or sediment) by organisms through processes such as sloughing, shedding, or injury (Harrison et al., 2019). Since its first use to detect non-native species (Ficetola et al., 2008), eDNA has been used in a range of applications including rare and cryptic species identification, pathogen monitoring, fisheries stock assessments, diet studies, as well as characterizing the biodiversity of entire communities (Lallias et al., 2015; Deiner et al., 2017; Fonseca et al., 2017; Gilbey et al., 2021). DNA makes up approximately 3% of the cellular Corg in sediments (Landenmark et al., 2015) and therefore is adept at determining the provenance of marine carbon. Furthermore, eDNA techniques are fast, inexpensive, and capable of identifying carbon provenance to a finer taxonomic rank (species-level) than other techniques such as biomarkers, and stable isotopes (Reef et al., 2017).

At present, we are only aware of three published studies using eDNA to determine sources of Corg in marine sediments (Reef et al., 2017; Queirós et al., 2019; Ortega et al., 2020). Reef et al. (2017) used eDNA analysis, alongside stable isotope analysis, to identify the origin of Corg in seagrass meadows. Using a chloroplast gene, Reef et al. (2017) were able to identify traces of 150 plant taxa in the sediment. However, 88% of sequences belonged to seagrass, suggesting most Corg was autochthonous, originating within the system. Ortega et al. (2020) applied a similar approach using a ribosomal gene, in conjunction with stable isotope analysis, to identify sources of Corg in seagrass meadows and mangrove forests. A total of 40 plant taxa were identified, showing different communities of plants contributed to blue carbon in mangroves and seagrass meadows. In contrast to seagrass meadows in the Reef et al. (2017) study, Ortega et al. (2020) discovered substantial macroalgal input to stored carbon. The study also investigated if a quantitative relationship existed between i) detected eDNA and sediment eDNA, and ii) detected eDNA and sediment carbon content using mock community experiments. In both instances a high correlation was found, with an R2 of 76% and 86% found in the sediment DNA and carbon experiments, respectively. This suggests that sedimentary eDNA studies may be able to provide interim information on Corg if a stable isotope analysis has yet to be conducted. The Queirós et al. (2019) study used a ribosomal gene to detect eDNA in the top centimeter of sediments, alongside stable isotope analysis and benthic-pelagic process measurements, to understand the contribution of macroalgae to subtidal coastal ocean carbon stocks. One hundred and forty-eight plant taxa from surrounding coastal habitats were detected, suggesting a range of macroalgae species contribute to sedimentary Corg. A method for tracing macroalgal carbon in deeper marine sediments has been developed by the Norwegian Institute for Water Research (NIVA) to investigate long-term sequestration (burial) (d’Auriac et al., 2021). d’Auriac et al. (2021) quantified L. hyperborea and S. latissimi. eDNA levels in marine sediments down to 1.6 meters below the seafloor to estimate their contribution to the organic carbon stock and understand how it varied with time and since deposition.

Despite established protocols for sediment DNA-based biodiversity assessments (Fonseca and Lallias, 2016; Fonseca, 2018; Pawlowski et al., 2022) there remain technical considerations when conducting a marine carbon study. eDNA biodiversity assessments require the collection of a sediment sample, extracting the DNA from the sediment with no prior organism separation, followed by polymerase chain reaction (PCR) to create copies of the eDNA (called amplicons). These are then sequenced (obtaining the nucleotide composition of the eDNA), and the retrieved sequences are taxonomically assigned using either publicly available genetic databases such as BOLD (Ratnasingham and Hebert, 2007) or GenBank (Clark et al., 2016) or bespoke taxonomic libraries.

Every stage of the workflow has aspects that will affect the outcome of the assessment. Factors associated with sampling such as the body size of organisms in sediment, whereby larger organisms are more likely to be detected (Elbrecht et al., 2017), and seasonality and environmental conditions, which affect how quickly DNA decays (Jo and Minamoto, 2021). Similarly other sources of variation to be considered are habitat heterogeneity and sampling effort i.e., organism ability to disperse and its detectability and representativeness through enough biological replicates (Fonseca, 2018; Grey et al., 2018). Methodological considerations include the DNA extraction method, since different extraction techniques will reflect different components of existing biodiversity (Geraldi et al., 2020). Further considerations of technical replicates are needed, such as the number of DNA extractions or PCR replicates used (more replicates give more robust biodiversity estimates) (Ficetola et al., 2015; Fonseca, 2018; Bruce et al., 2021).

During PCR, the primers (short single stranded sequences of DNA) are used to target the sections of eDNA to copy. DNA is copied more readily if there is greater similarity between the primer and the target eDNA. Therefore, DNA from different taxonomic groups will be copied at different rates (based on similarity to the primers) and the quantity of apparent DNA from each taxon will be distorted. This misrepresentation of biodiversity present is commonly referred to as “primer bias” and is inherent to most PCR-based approaches. In marine sediment carbon this means any given set of primers will not provide a complete picture of Corg origins; an assay to identify terrestrial-plant DNA may not be capable of detecting phytoplankton DNA (or vice versa). In practice, this means a standardized primer set is unlikely to work for all marine sediment carbon applications, instead primers should be chosen with careful consideration given to the biodiversity present. Fortunately, it is possible to use multiple primers to test different aspects of biodiversity to ameliorate the effects of primer bias, though analysis cost increases with each additional primer.

The selection of genetic reference databases is also a key step in a marine sediment carbon study (Geraldi et al., 2019). In essence, to identify taxa and assign taxonomic identities from DNA, the taxa must already be present, and correctly identified with the relevant DNA region, on a reference database. If absent or mislabeled, the DNA cannot be identified and can lead to an underestimation, or total exclusion, of Corg sources. This can be combatted in some instances by assigning higher taxonomic resolution (i.e., when species level identification is not possible, similarities to a closely related species on the database may facilitate genus or family level identification). Furthermore, a site-specific reference taxonomic database can be constructed but will require additional time and budget.

A final consideration whether or not the number of sequences produced corresponds to the amount of eDNA, biomass or Corg in the sample. Recent meta-analyses suggest that whilst some quantitative relationship between DNA and biomass exists, there is a high degree of variability, likely depending on a combination of the primers used and the community of organisms surveyed, e.g., unicellular or multicellular (Lamb et al., 2019; Yates et al., 2019). Thus, the sequences retrieved from eDNA would not correspond to the total amount of carbon from those taxa. Although molecular techniques are being refined to facilitate quantitative analysis, at present the extent to which sequences correspond to Corg using a mock community (Ortega et al., 2020) should be explicitly tested before molecular data are used in this manner.




Characterising stock reactivity

Not all organic carbon present in marine sediments at a given time will be stored over timescales greater than weeks to months to years (LaRowe et al., 2020). The total stock of organic carbon can be classified by its biogeochemical reactivity (Alderson et al., 2016), a key biogeochemical model parameter (Arndt et al., 2013). Organic matter reactivity or degradability (which can be defined as susceptibility to removal of a fraction by either biotic or abiotic processes, measured by lifetime e.g., Hansell, 2013) is understood to be a continuum (e.g., LaRowe et al., 2020) from labile (reactive; easily degraded; short lived) to recalcitrant (resistant to rapid microbial degradation; Hansell, 2013) and refractory. The term refractory is defined variability in different studies and used as “a one-fits-all word” for various properties related to Corg reactivity, typically as the opposite of labile in a certain context, see discussion in Hansell, 2013 and Baltar et al., 2021. Understanding sedimentary organic matter’s re-mineralization potential and ability to resist degradation (Doetterl et al., 2016) is vital in estimating its vulnerability to potential natural or anthropogenic disturbance and remineralization of the associated organic carbon.

The balance of organic carbon fractions with various reactivities determines the biodegradability of sedimentary organic matter and in turn the stability of the associated carbon. The rate of microbially-mediated degradation of organic matter can be impacted by the addition of more or of less labile material to a mixture (the priming effect; Bianchi and Canuel, 2011). If disturbed, the organic carbon in sediments dominated by labile organic matter is highly likely to be remineralized. Conversely if sediments dominated by recalcitrant organic matter are disturbed this material would likely be re-deposited as particulate organic carbon on or in the seabed. Only organic carbon of some intermediate degradability is thus relevant to the climate mitigation role of marine sediments.

Organic carbon reactivity is fundamentally linked to the organic matter’s source, discussed in Characterising stock provenance. Black carbon, a refractory carbon fraction formed from incomplete combustion of organic carbon, accounts for 15-30% of the organic matter buried in marine sediments (Middelburg et al., 1999). The most refractory fraction of the black carbon is highly condensed soot, formed from combustion of fossil fuels at high temperatures (Masiello, 2004), which may remain in the atmosphere for months before eventually being buried in sediments. More degradable lightly charred black carbon formed during low temperature biomass burning may reach the marine environment via rivers through soil leaching or erosion (Coppola et al., 2014). Once deposited in sediments, factors including the depth of burial, microbial and redox conditions as well as subsequent disturbance influence the degree of black carbon’s long-term storage. In general, small soot particles withstand degradation and result in long-term storage whereas lower formation temperature/larger size fragments are more susceptible to biotic and chemical degradation (Masiello, 2004).

Chew and Gallagher (2018) show that black carbon can be a major component of organic carbon in seagrass, mangrove and saltmarsh sediment cores and because it is resistant to being re-released back into the atmosphere, as CO2 for example, assert that it should be discounted from any blue carbon storage mitigations being proposed. Taking a different perspective, Ren et al. (2019) highlight that the relatively slow cycling of black carbon in Arctic Ocean sediments makes it an important fraction of inert carbon representing a significant sink of atmospheric CO2, which is likely to increase with global warming and increased melting of permafrost. There is thus a clear need to understand both the overall reactivity of the marine organic matter as well as to identify specific types and sources of organic carbon which are resistant to degradation.


Thermogravimetric analysis (TGA)

Organic matter recalcitrance can be defined in terms of the temperature at which mass is lost during combustion. TGA is an automated process which continuously measures the mass of a sample during ramped heating (e.g., from 0-1000°C at a rate of 10°C min-1). Thermal decomposition through TGA allows the major organic matter fractions to be quantified. Within the literature, the thermal ranges which define these organic matter fractions are variable depending on environment and methodology (Table 1). Within marine sediments these organic matter fractions are thermally defined as labile (200 - 400°C), recalcitrant (400 - 550°C) and refractory (550-650°C) (Capel et al., 2006; Smeaton and Austin, 2022). Focusing on the 200-650°C temperature range removes interference from absorbed water and non-organic material (i.e., calcite).


Table 1 | Temperature ranges defining organic matter recalcitrance by thermogravimetric analysis in different environments.



Most studies using this thermal approach characterize the organic matter into the three fractions, although some studies go further and use the thermal decomposition data to quantify specific components (e.g., hemicellulose, cellulose, lignin) (Trevathan-Tackett et al., 2015; Trevathan-Tackett et al., 2017) or functional groups such as aliphatic and carboxyl groups (Lopez-Capel et al., 2005; Manning et al., 2005) potentially allowing this approach to be applied to determine the provenance of the organic matter.

The quantification of the different thermal fractions allows the lability of organic matter to be estimated (Smeaton and Austin, 2022). A number of indices have been developed for this purpose ranging from the early Rp index (Kristensen, 1990), which used stepwise thermogravimetry (i.e., Loss on Ignition), to the Refractory index (R-index) and Carbon Reactivity Index (CRI), which utilize TGA data and provide an advanced understanding of the thermal characteristics of organic matter in different environments (Trevathan-Tackett, 2016; Smeaton and Austin, 2022). For example, a CRI value of 0 indicates that the material is fully biodegradable (high reactivity), while a value of 1 indicates that the substance is non-biodegradable (low reactivity) (Smeaton and Austin, 2022).

The gases evolved during TGA can be further analysed by coupling the system to an FTIR (Fourier transform infrared spectroscopy) or GCMS to provide greater understanding of (macro) molecular composition. Within marine sediments these approaches are largely focused on detecting and quantifying pollution (Oudghiri et al., 2015; Becker et al., 2020) but they have the potential to be powerful tools in characterizing organic matter. While understanding the recalcitrance of organic matter is one of the main applications of TGA, the continuous nature of the data produced results in their applicability to many areas including provenance studies (Oudghiri et al., 2015; Becker et al., 2020).



Amino acid index

The amino acid composition of organic matter in marine sediments can be used as an indicator (biomarker) of its degradation state. Total hydrolysable amino acids (THAA) are quantified by reverse-phase HPLC of their fluorescent derivatives (Dauwe and Middelburg, 1998), and their relative abundances used to generate an index for degradation state which indicates the recalcitrance of the remaining material (Dauwe and Middelburg, 1998; Dauwe et al., 1999). This method was developed for North Sea continental shelf sediments, where phytoplankton primary productivity is the main source of organic matter. It has more recently been applied as part of a study of organic matter in the South Yellow Sea and East China Sea sediments (Chen et al., 2021), and in coastal blue carbon habitats (Vaughn et al., 2021). Recently, compound-specific radiocarbon analysis of amino acids has been proposed as a novel method for improving understanding of food webs and sedimentary organic carbon (Blattmann and Ishikawa, 2020; Blattmann et al., 2020).



Black carbon quantification

To measure black carbon, traditional methods require the removal of inorganic carbon using the same methodology as that used to prepare samples for organic carbon analysis, with either sulphurous acid (Verardo et al., 1990; Jablonski et al., 2002; Phillips et al., 2011) or hydrochloric acid (Komada, 2008; Brodie et al., 2011). Following removal of inorganic carbon, there are a number of methods used to quantify fractions of black carbon (Hammes et al., 2007; Table 2). Chew and Gallagher (2018) compare chemo-thermal oxidation (CTO) and chemical nitric acid oxidation (NAO) and conclude that the presence of thermally resistant phytoliths was responsible for differences in black carbon results from these two methods.


Table 2 | Methods used to quantify black carbon, following removal of inorganic carbon (Hammes et al., 2007), including references where these methods have been applied.



Newer instrumentation, based on the temperature gradient method is now being applied for carbon measurements (Smeaton, et al., 2021a) with the advantages that no acid carbonate removal is required to remove inorganic carbonates, and that measurements of particulate organic carbon, black carbon (residual oxidizable carbon (ROC)) as well as inorganic carbon can be derived from a single sample. Results have been shown to be comparable with the more traditional methods (Natali et al., 2020).



The priming effect

Priming occurs when the rate of remineralization of stable organic matter is either increased or decreased by addition of labile organic matter (Sanches et al., 2021). As such, simply measuring the recalcitrance of organic matter in marine sediments may not fully capture the vulnerability of stored carbon when the system is disturbed, i.e., if the disturbance mixes stable organic matter with a labile fraction. Sanches et al. (2021) reviewed studies of priming in aquatic systems and found that the observed magnitude and direction of the effect depended on whether a lab or field-based approach was applied and on the proxies used to measure remineralization. Their meta-analysis concluded that, in general, priming has a positive effect (increased remineralization of stable organic matter with the addition of labile organic matter). They recommend using bacterial growth as a proxy (in preference to production or respiration) or CO2 production as these approaches are most sensitive. For example, van Nugteren et al. (2009) added 13C-enriched diatoms to marine sediment slurries and measured evolved CO2 to observe a 31% increase in remineralization.





Carbon accumulation rates

Quantification of the rate that carbon accumulates in shelf sediments is the key parameter for natural carbon accounting, for which carbon burial is the service of interest (Luisetti et al., 2020). In the context of blue carbon projects, “additionality” must be shown: that management activities lead to an increase in carbon sequestration relative to accumulation rates in the unmanaged system (e.g., Lafratta et al., 2020).

The Blue Carbon Initiative2’s manual designed to provide standardized guidance to managers for assessing carbon stocks and emissions factors (Howard et al., 2014), discusses carbon accumulation and loss in a chapter entitled ‘how to estimate CO2 emissions’ – explicitly emphasizing the motivation of assessing impacts on the atmospheric CO2 budget. The caveat of assuming all, or a given proportion of, sediment carbon accumulation or loss being in connection with the atmosphere is presented therein in this context (Howard et al., 2014). The simple surface elevation table (SET) method often applied in coastal blue carbon ecosystems is not appropriate in marine sediments. Instead, natural radiotracers, including carbon-14 (14C, radiocarbon), lead-210 (210Pb), and thorium-230 (230Th, uranium-thorium dating), are routinely used to determine rates of marine sediment accumulation. 210Pb and 230Th are both part of the 238U decay chain and are deposited from the atmosphere at a relatively constant rate with abundances in marine sediment decreasing with depth as they decay (Appleby and Oldfield, 1978). 14C is absorbed from the atmosphere into the tissue of living organisms, and its abundance decays after death (Anderson et al., 1947; Libby et al., 1949). Other dating tools include tephra chronology (Cage et al., 2011; Davies, 2015), optical luminescence (OSL) dating (Madsen et al., 2005) and direct methods to measure the rate of particle accumulation on the seafloor, like sediment traps (which generally underestimate particle fluxes due to particle solubilization, zooplankton swimmers and hydrodynamics; Subha Anand et al., 2017).

Differentiation between radiotracer techniques is based predominantly on the time interval over which their decay rate (half-life) allows material to be dated. Radiocarbon based age-control is typically used to estimate long-term (100s–1000s of years) sediment accumulation rates, while radionuclide dating (i.e., 210Pb) provides a chronological constraint of modern deposition over the last ~150 years. The limitations of different methods can be partially addressed by combining different radiotracers, but the dates obtained do not always agree (e.g., Jenkins, 2018: shorter-period dates tend to be higher than long-term dates; the Sadler effect; Sadler, 1981). For example, sedimentation rates from 14C are generally found to be lower (slower) than those derived from 210Pb (Baskaran et al., 2017; Smeaton et al., 2021b) because of the effects of sediment compaction (Bird et al., 2004) and diagenetic processes (biogeochemical alteration) that can alter the organic matter (Arndt et al., 2013; LaRowe et al., 2020). Baskaran et al. (2017) suggest that short-lived radioisotopes are better suited to determining modern depositional rates than radiocarbon and recommend using 210Pb where possible when determining sediment accumulation rates.

Radiotracers can also be applied to track carbon through the ocean and or sediment system. While not directly providing organic carbon burial rates, these more focused studies are an integral part of developing a broader understanding of marine carbon cycling. For example: the use of 14C and 35S radiolabeling techniques to track microbial recycling of organic carbon in the sediments (Beulig et al., 2017).


Lead-210-derived sedimentation rates and dating

The process of assigning ages to organic carbon present in specific layers (depth intervals) of marine sediment can be achieved by measuring the activity concentration of co-occurring 210Pb (Tolosa et al., 1996; Pappa et al., 2019). In relatively undisturbed depositional aquatic ecosystems 210Pb abundance decreases exponentially with depth from the seawater-sediment interface due to the radioactive decay of the tracer, allowing the 210Pb depth profile to estimate a sedimentation rate for any substances of interest associated with the sediment. Application of 210Pb dating remains a challenge because of unresolved issues associated with the variety of radioanalytical methodologies available as well as different modelling approaches that play an essential role in deriving sediment accumulation rates from radiotracer measurements (MacKenzie et al., 2011; Garcia-Tenorio et al., 2020).

Disturbances can complicate the straightforward determination of sediment accumulation rates from 210Pb depth profiles. The surface 10-15 cm of the seabed are likely to be disturbed by, e.g., bioturbation, fishing activities and natural resuspension by bottom water currents (see Anthropogenic pressures). Furthermore, dating must account for the additional sources of 210Pb within the sediment, from the in-situ decay of radium-226 (226Ra) and, more problematically, from industrial activities including offshore oil and gas and other mineral processing industries (Sahu et al., 2014; Ahmad et al., 2021). The proportion of 210Pb present in the sediment and from human activity (termed supported 210Pb) does not decay at the same rate as the unsupported 210Pb fraction from atmospheric deposition (Gulliver et al., 2001; Cook et al., 2004). Measuring 226Ra in addition to 210Pb enables the subtraction of supported 210Pb from the total 210Pb measured prior to estimating sedimentation rates and dating sediment layers.

With a half-life of 22.3 years, 210Pb dating is limited to relatively recent sediment ages (up to 150 years). It can therefore be challenging to use this technique in low-sedimentation rate marine environments (<0.15 cm y-1) (De Haas et al., 1997). There are several 210Pb dating models available, that can be applied and help interpret different 210Pb core profiles (Arias-Ortiz et al., 2018; Blaauw et al., 2018). These models have been comprehensively described over the last forty years. The Constant Initial Concentration (CIC) (Robbins, 1978), Constant Rate of Supply (CRS) (Appleby and Oldfield, 1978) and Constant Flux: Constant Sedimentation (CF : CS) (Appleby and Oldfield, 1978) models are the most widely used to estimate sedimentation accumulation rates, but they are associated with numerous assumptions that can sometimes limit their appropriateness in more complex and disturbed aquatic ecosystems (Arias-Ortiz et al., 2018). Very often, the mass accumulation rate, expressed in mg cm-2 yr-1, is also estimated to account for compaction effect (Schmidt et al., 2014). More recently the advantages of a Bayesian approach, as applied in radiocarbon dating (Blaauw et al., 2018), is gaining attention (Aquino-López et al., 2020; Blaauw et al., 2021).

210Pb in environmental matrices, including marine sediments, is commonly determined directly by gamma spectrometry. However, gamma spectrometers equipped with Well-type germanium (Ge) detectors that allow the direct determination of low levels of 210Pb with little sample mass and preparation required are not commonly available. More common and cheaper flat end Ge detectors with much higher limits of detection can provide insufficient levels of accuracy and precision for measuring the very low levels of 210Pb naturally present in the environment (Dal Molin et al., 2018). Alternatively, 210Pb can also be determined indirectly by measuring polonium-210 (210Po), its granddaughter decay product, via alpha spectrometry. Although this alternative traditional radiometric technique requires samples to be digested in strong acid mixtures and treated prior to analysis, the limits of detection and level of accuracy and precision that can be achieved are more appropriate (Hassen et al., 2020). The underlying assumption, that 210Pb is in secular equilibrium with 210Po such that both radionuclides are present at the same concentration, can be verified by performing a second analysis of 210Po at a later stage, i.e., generally, by determining 210Po ingrowth from the decay of 210Pb after three to four months.

To determine 226Ra and correct for supported 210Pb, gamma spectrometry is the most common technique. The sample must be placed in a radon proof container for a minimum of three weeks prior to analysis to ensure secular equilibrium is established before indirect measurement via its two decay products (bismuth-214 and lead-214). 226Ra can be determined indirectly by either measuring emission of radon-222 gas, or directly by alpha-spectrometry, and more recently by ICP-MS, following appropriate sample preparation steps (IAEA, 2010).

Caesium-137 (137Cs) is commonly used as a complementary tool to validate 210Pb dating models. Characteristic abundance peaks of 137Cs observed in marine sediments in the Northern hemisphere can be directly related to nuclear weapon testing events of the late 1950s and early 1960s, and more locally in the UK seas to peak discharges from Sellafield nuclear reprocessing plant in the late 1970s (Environment Agency et al., 2021). Caesium-137 can easily be measured by gamma spectrometry, however, because its concentration is constantly decreasing over time [half-life of 30 years and no major additional characteristic peak since Chernobyl; see Figure 7.9 in Environment Agency et al. (2021)], it is important to optimize the counting time to ensure reliable and accurate results by gamma spectrometry (Garcia-Tenorio et al., 2020).



Radiocarbon dating

The radioactive 14C isotope has a half-life of 5,700 ± 30 years (Kutschera, 2013) which allows for the determination of the age of a carbon bearing material formed over the past 55,000 years (Hajdas et al., 2021). Since the detection of 14C in 1977 using particle accelerators (Bennett et al., 1977), Accelerator Mass Spectrometry (AMS) has become the most used technique in 14C analysis. In AMS, the 14C/13C or 14C/12C ratio in the sample is directly measured resulting in shorter measurement times (days to minutes) and reduced sample requirements (g to µg of C) than previous scintillation methods (Litherland et al., 2011). Recent developments in AMS technologies have resulted in 14C detections at significantly lower energies (Synal et al., 2000), resulting in the reduction in size of AMS’s and the establishment of new sample introduction techniques for direct analysis of CO2 resulting from combustion (EA-AMS) (Haghipour et al., 2019), wet oxidation (Leonard et al., 2013), acid hydrolysis (Molnár et al., 2013) and laser ablation (LA-AMS; Welte et al., 2016).

The data produced by the AMS (Fraction 14C or F14C) allows for conventual 14C ages to be calculated following the approach of Libby (1955) where conventional 14C age = -8,033ln(F14C). To determine the true age of the sample, the conventual 14C age must be calibrated to a curve based on measurements of 14C from samples of known age and location (e.g., northern hemisphere, southern hemisphere, or the marine environment). The IntCal radiocarbon calibration curves (Heaton et al., 2020; Hogg et al., 2020; Reimer, 2020) are a resource constructed from measurements of 14C made in different laboratories on a range of dated samples. The last 13,900 years are constrained by dated tree rings (Reimer, 2020), while beyond this (13,900-55,000 years) lake and marine sediments, speleothems or corals are statistically integrated to create the most accurate representation of past atmospheric 14C (Reimer, 2020).

Today, conventional 14C ages are calibrated using advanced Bayesian statistical tools that include dedicated routines for the different calibration curves, the most commonly used modelling tools are OxCal (Ramsey, 1995; Ramsey et al., 2020) and MatCal (Lougheed and Obrochta, 2016). Calibrated 14C ages are referred to as a calendar age counted backwards from 0 cal BP (before present) which corresponds to 1950 Common Era (CE, previously referred to as AD) or to calendar years Before Common Era (BCE, previously referred to as BC). Post 1950 CE correspond to the age of nuclear testing where atmospheric 14C concentrations measured in CO2 of air and dated tree rings, display significantly elevated 14C concentration (bomb spike) hindering the use of conventional 14C dating approaches (Hua et al., 2013; Santos et al., 2020). To calculate sedimentation and accumulation rates an age-depth model is constructed using the calibrated dates. Classical age-depth models can be constructed in software such as CLAM (Blaauw, 2010), but more commonly Bayesian statistical packages such as OxCal (Ramsey, 1995; Ramsey, 2009), and BACON (Blaauw and Christen, 2011), are applied to create models that fully account for uncertainties allowing for the calculation of sedimentation and accumulation rates.

There is a long history of using 14C to chronologically constrain sedimentary records allowing the calculation of long-term (100s-1000s of years) sedimentation and accumulation rates on the seabed (Kershaw, 1986; Darby et al., 1997; Colman et al., 2002; Santschi and Rowe, 2008; Smeaton et al., 2021c). In marine sediments both organic matter and carbonate (inorganic) material (e.g., shells or foraminifera) can be dated, but organic matter cannot be used to constrain the age of the sediment as the carbon it contains originates from multiple (many unknown) sources with varying compositions and ages. Carbonate material is therefore the preferred sample medium for 14C analysis and age constraint. Living benthic foraminifera are found in the upper most layers of most sediments and therefore the shells of foraminifera buried after death provide material ideally suited for dating as they are representative of past surface sediments from their time of deposition. The number of foraminifera required to measure 14C using a conventional AMS can vary but it is not uncommon to need between 500-1000 individuals, whereas the recent developments in AMS technology (Synal et al., 2000) means that far smaller numbers are now required (<100 individuals) with state-of-the-art systems allowing single foraminifera dating (Wacker et al., 2013; Lougheed et al., 2018). Shells can also be dated but greater care must be taken to ensure they are representative of past surficial sediments and not shells associated with mobile burrowing species (Cage and Austin, 2010; Baltzer et al., 2015).

When calibrating 14C ages derived from material from the marine environment the marine reservoir effect must be considered. The marine reservoir effect occurs when the C in tissues of organisms or inorganic deposits reflects a mix of C sources and ages (Hajdas et al., 2021). The marine reservoir effect was previously accounted for by adding 400 years to an age calibrated using the northern hemisphere calibration curve (Reimer, 2020) which led to large uncertainties. With the production of the Marine20 calibration curve (Heaton et al., 2020) the marine reservoir age can now be robustly accounted for and is directly integrated into the calibration stage. The Marine20 calibration curve has significantly improved age calibration of marine samples, but it remains a global calibration; for greater accuracy local reservoir age corrections can be applied (i.e., Cage et al., 2006) if available.



Uranium/thorium paleo-dating of biologically derived fossil carbonates

For 500 to 100,000-year timescales, thorium-230 (230Th) dating, also referred to as U/Th dating or 238U- uranium-234 (234U)-230Th dating, can be applied. This method relies on the disequilibrium due to solubility differences of uranium and thorium nuclides and involves calculating ages by studying the radioactive relationships between 238U, 234U, and 230Th (Henderson and Anderson, 2003). It is appropriate in closed carbonate systems with no initial 230Th, for example, fossil carbonates present within the terrestrial environment (e.g., rocks), but also marine carbonate formations such as corals (Cheng et al., 2000) and authigenic carbonates. It is very often used as a complementary method to 14C dating of fossil carbonates and for validating results from 14C dating.

Extending thorium-230 (230Th) dating to marine sediments is challenging mainly due to the presence of additional 230Th in materials scavenged from the seawater column. In addition, the typical levels of carbonates found in marine sediments as well as the potential post-depositional weathering, transport and mixing processes can further limit its application (Chen et al., 2020). Nevertheless, modelling and state-of-the-art analytical tools can potentially overcome some of these challenges and thus provide valuable insights into sediment accumulation rates over longer timescales. Geibert et al. (2019) have recently presented an alternative approach using a CRS model, similarly to 210Pb dating and assuming constant rate of supply of 230Th from the seawater. Although alpha spectrometry can provide accurate measurement of all relevant U and Th isotopes, these techniques require labor intensive preparation steps and lengthy counting times in comparison to mass-spectrometry coupled with a laser ablation system. These state-of-the-art techniques have become the preferred analytical option (Robinson et al., 2004; Mas et al., 2020).




Anthropogenic pressures

Only carbon which is subject to manageable “undesirable human impacts”, satisfies the blue carbon criteria of Lovelock and Duarte (2019). The vulnerability of organic carbon in marine sediments to a given disturbance is a function of the organic matter’s source (Characterising stock provenance), and recalcitrance (Characterising stock reactivity). Pressures on, or conversely management and restoration of, terrestrial or coastal ecosystems which act as remote carbon sources (carbon donors) to marine sediments will affect carbon accumulation (Santos et al., 2021). Physical disturbance of the seabed which resuspends near-surface sediments into the oxic water column will recycle labile organic carbon into the ocean and potentially impact the atmospheric carbon system (Sala et al., 2021), although it can also simply re-distribute and redeposit sediments (Rijnsdorp et al., 2021). Seabed disturbance impacts the benthic faunal community, which plays a key role in the biogeochemical processes determining what fraction of deposited carbon is recycled (remineralized) or buried (stored) (de Borger et al., 2021a; de Borger et al., 2021b).

Bottom trawling is the most spatially significant anthropogenic process physically disturbing shelf sediments (Oberle, et al., 2016b; Rijnsdorp et al., 2021), while wind farms have been shown to locally increase organic matter deposition (and recycling) because of faunal colonization of their structure (de Borger et al., 2021a). Other activities, including pipe and cable laying, aggregate extraction, and dredge disposal, are also expected to impact organic matter storage and deposition, although their impacts are more spatially restricted. Some continental shelf sediments are naturally subject to high disturbance, for example due to high-energy tidal bottom water currents (Thompson et al., 2019), which may locally dominate over bottom fishing disturbance (Diesing et al., 2013); these tend not to be sites with significant carbon stocks or accumulation (Diesing et al., 2021) and are therefore less vulnerable to anthropogenic disturbance from a carbon perspective and not good sites for the implementation of management measures.

The impacts of trawling on carbon accumulation and storage are complex and differ between shelf and deeper water slope systems (Palanques et al., 2014; Pusceddu et al., 2014; Oberle et al., 2016b; Paradis et al., 2019). See Epstein et al. (2022) for a review. They depend on the properties of the carbon stock, the type of trawling equipment and frequency of trawling, as well as sediment type and faunal community (Legge et al., 2020). More research is required to improve understanding of these factors in the context of carbon storage across a range of settings. Recent work advancing towards this goal includes that of Bradshaw et al. (2021) and Morys et al. (2021) who made field measurements of the biogeochemical impacts of trawl disturbances in the Baltic Sea, and that of de Borger et al. (2021b) who modelled biogeochemical impacts of trawling scenarios at specific sampled sites in the North Sea. Global scale modelling of trawling impact (e.g., Hiddink et al., 2021; Sala et al., 2021) remains limited by the need to make broad-scale assumptions of the underlying processes and carbon characteristics which control carbon response to pressure.

In addition to their use in geochronology (see Carbon accumulation rates), radionuclides can also be used to evidence disturbance. In an upper section of mixed (typically bioturbated) sediments, 210Pb activity is constant before being expected to decrease exponentially with depth (see Lead-210-derived sedimentation rates and dating) but this pattern is not observed where sediments have been physically disturbed. Physical seabed disturbance can also be confirmed qualitatively by measuring excess of thorium-234 (234Th). 234Th has a very short half-life (24.1 days) and is produced directly from the alpha decay of 238U in the ocean. 238U is a highly soluble and conservative radionuclide in seawater, whereas 234Th is highly particle reactive. As 234Th is preferentially adsorbed onto sinking particles, the natural secular equilibrium between the two radionuclides becomes disturbed. Consequently, an excess of 234Th is expected in the upper layers of undisturbed sediment. An anthropogenic disturbance (e.g., man-made platforms or trawling) can be qualitatively confirmed if the excess of 234Th is not as noticeable as in a separate sediment core collected nearby and known to be undisturbed (e.g., in a Marine Protected Areas; MPAs). 234Th can be determined either by beta counting or gamma spectrometry (Buesseler et al., 2001), whereas 238U is usually measured either by alpha spectrometry or ICP-MS (Forte et al., 2001).

Sampling studies investigating the impact of trawling on carbon accumulation make use of many of the analytical techniques detailed in the sections above. Oberle et al. (2016a) used 3D petroleum fingerprinting alongside 210Pb dating to quantify the depth of disturbance across sites exposed to different trawling pressure. Paradis et al., (2019; 2021) measured both 210Pb and 234Th in a comparison of trawled and un-trawled continental margin sites. Sañé et al. (2013) compared a number of biomarkers between trawled and un-trawled submarine canyon flank sites and found that labile amino acids in particular were less abundant in the disturbed sediments, providing evidence for increased carbon remineralization as a result of trawling disturbance and resulting differences in vulnerability to subsequent disturbance.

Even if the potential impact of trawling on sediment carbon at a particular site was well understood, data on trawling pressure (gear types, frequency) are often incomplete or not available at an appropriate spatial resolution. Trawling pressure maps are typically compiled from fishing GPS-based vessel track information (e.g., vessel monitoring systems, VMS) (e.g., Oberle et al., 2016b; Eigaard et al., 2017; Sala et al., 2021). These are limited by the temporal (and thus spatial) resolution of the fishing vessel location information, requiring application of interpolation techniques (see Russo et al., 2011) and resulting in estimated trawling intensity within spatial grid cells based on the number of times each was visited. Linking trawling pressure to sediment carbon is also complicated by the non-random distribution of trawling with respect to expected high carbon sites, e.g., trawling pressure tends to be higher in high-mud sediments, which are also highest in organic carbon (see Epstein et al., 2022 for further discussion).



Discussion

Gaining and improving understanding of the spatial distribution and variability of carbon stocks and accumulation rates and their vulnerability in shelf sea sediments is essential for their monitoring and management. As recent studies demonstrate (e.g., Sañé et al., 2013; Oberle et al., 2016a; Paradis et al., 2019; Paradis et al., 2021), layers of information derived from multiple analytical techniques are required in marine sediments to provide a mechanistic understanding in settings where carbon storage is physically distant from carbon sources, altered between source and sink, and disturbed by anthropogenic activities. We have outlined an extensive multidisciplinary toolbox of analysis techniques which are needed to achieve this understanding, summarized in Table 3.


Table 3 | Summary of analyses presented and considerations for their application to improving understanding of blue carbon in continental shelf sediments.



The choice of techniques applied by any study will be determined by its specific research questions, and also by available resources. Table 3 provides a starting point with which to approach this decision. Where possible a stepwise approach to analyses should be applied by which initial parameters are analysed to inform which samples, if any, will provide information of interest from more resource-intensive analyses. It is important to distinguish between routine measurements and analyses (e.g., particle grain size, total organic carbon and C:N ratios) and emerging techniques and those which have not traditionally been applied in shelf sediments (e.g., eDNA, compound specific isotopic analyses) where ongoing method development must be considered.

Studies should aim to characterize the system by measuring more than the minimum parameters wherever possible to inform a process-level understanding. Associated explanatory parameters such as bottom water properties and pore water chemistry can allow modelling approaches to be applied, adding value to what can be obtained by measurements alone. Biogeochemical modelling can be used in two ways; to help interpret observations, and to allow scaling up and scenario exploration (for example of climate change). However, a clear understanding of which analytical outputs are needed to model a given scenario and which analytical tools can provide these outputs is needed to fully exploit modelling approaches. For example, scenario studies describing the vulnerability of carbon release to a given a physical disturbance rely on knowledge of the lability of sediment carbon which must come from observation.

To assess the role of continental shelf sediments in the blue carbon framework, the analyses outlined herein – addressing the fundamental blue carbon questions of stock (its abundance, provenance, recalcitrance) and accumulation rate, and vulnerability – must be considered holistically. A key outstanding question is linking measurements to the physical and biogeochemical processes which control carbon stock and accumulation.

As studies increasingly address the knowledge gaps around continental shelf carbon stocks and accumulation – through both sampling and modelling – the management of this carbon with respect to human pressures will become the key question for understanding where it fits within the blue carbon framework and within the climate mitigation discourse (e.g., Christianson et al., 2022). Can the biogeochemical processes which mediate carbon cycling in near-surface sediments be controlled or protected such that carbon burial is maximized? Improved process understanding is required. Controlling trawling and other human activities which disturb the seabed where it acts as a carbon store appears to be a quick win, yet the impacts of disturbed sediment can extend beyond the trawled area on a regional scale (Palanques et al., 2014). If MPAs are to be used as a management tool to protect carbon stocks and accumulation in continental margin sediments (e.g., Roberts et al., 2017; Sala et al., 2021), their locations must be informed by well-mapped carbon stock and accumulation (e.g., Diesing et al., 2021) and process-level understanding (e.g., de Borger et al., 2021b).



Conclusions

The marine environment stores organic carbon in offshore as well as coastal ecosystems. In traditional coastal blue carbon habitats (saltmarsh, seagrass, mangrove) organic carbon is locally produced. Organic carbon in marine sediment is more allochthonous: it has largely been transported from terrestrial, coastal or near-surface sources and has been more significantly altered from its original form during transport and after deposition in near-surface sediments. Organic carbon stock and accumulation rates are smaller locally in subtidal marine sediment than in coastal blue carbon habitats, but larger when their expansive spatial extent is considered. Shelf sea sediments are subject to different anthropogenic pressures, most notably that of disturbance from bottom trawling, and require different carbon management approaches.

To establish if organic carbon stored in continental shelf sediments contributes to climate change mitigation in a manageable way, thus meeting the criteria for blue carbon, organic carbon stock and accumulation rates must be determined alongside carbon properties which inform on its sources and stability and control its vulnerability. A multitude of analyses, brought together here as a toolbox, can be applied to answer these questions. Some analyses are already routinely applied in shelf sea sediments (e.g., percent of organic carbon content) while others continue to be developed for offshore sediment blue carbon application (e.g., eDNA). However, even for the relatively simple determination of stock, lack of co-measured dry bulk density or porosity is often a barrier to including legacy data in calculations and spatial modelling is needed to integrate limited observations and provide a holistic picture. The field is advancing rapidly, with the application of eDNA to link coastal carbon sources to shelf sediment recipient sites and novel carbon reactivity indices being defined to inform on vulnerability. Consistency in methodology between studies through application of the toolbox we present will improve comparability and facilitate data aggregation to develop broad scale understanding.

The link between carbon stored in marine sediments, even at shelf sea water depths, and the atmospheric carbon system is moderated by the oceanic carbon cycle. More sediment carbon data collected alongside explanatory parameters (such as temperature and nutrient concentrations) are needed to better constrain the complex biogeochemical controls on the connectivity between these systems in the context of climate mitigation considerations.
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Blue carbon ecosystems are recognized as carbon sinks and therefore for their potential for climate mitigation. While carbon stocks and burial rates have been quantified and estimated regionally and globally, there are still many knowledge gaps on carbon fluxes exchanged particularly at the interface vegetation-atmosphere. In this study we measured the atmospheric CO2 concentrations in a salt marsh located in the Patos Lagoon Estuary, southern Brazil. Eddy correlation techniques were applied to account for the CO2 exchange fluxes between the vegetation and the atmosphere. Our dataset refers to two sampling periods spanning from July up to November 2016 and from January to April 2017. By using time series analysis techniques including wavelet and cross-wavelet analysis, our results show the natural cycles of the CO2 exchanges variability and the relationship of these cycles with other environmental variables. We also present the amplitudes of the salt marsh-atmosphere CO2 fluxes’ diurnal cycle for both study periods and demonstrate that the CO2 fluxes are modulated by the passage of transient atmospheric systems and by the level variation of surrounding waters. During daytime, our site was as a CO2 sink. Fluxes were measured as -6.71 ± 5.55 μmol m-2 s-1 and -7.95 ± 6.44 μmol m-2 s-1 for the winter-spring and summer-fall periods, respectively. During nighttime, the CO2 fluxes were reversed and our site behaved as a CO2 source. Beside the seasonal changes in sunlight and air temperature, differences between the two periods were marked by the level of marsh inundation, winds and plant biomass (higher in summer). The net CO2 balance showed the predominance of the photosynthetic activity over community respiration, indicating the role of the salt marsh as a CO2 sink. When considering the yearly-averaged net fluxes integrated to the whole area of the Patos Lagoon Estuary marshes, the total CO2 sink was estimated as -87.6 Mg C yr-1. This paper is the first to measure and study the vegetation-atmosphere CO2 fluxes of a salt marsh environment of Brazil. The results will contribute to the knowledge on the global carbon budget and for marsh conservation and management plans, including climate change policies.
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Introduction

Salt marshes are among the most biologically productive ecosystems in the world, providing a range of valuable ecosystem services to coastal communities (Adam, 1993; Himes-Cornell et al., 2018). Being sources and sinks of nutrients and organic matter to estuaries, salt marshes regulate local biogeochemical cycles, immobilize pollutants and provide habitat for wildlife. Positioned at the intertidal zone at the interface between land and ocean, salt marshes reduce the energy of waves and currents, bind the sediments, provide flood defense and shoreline erosion control, therefore protecting the coast against sea level rise. With high rates of primary production, plant biomass growth and sediment vertical accretion, salt marshes are highly efficient in organic carbon sequestration and storage, together with mangrove forest and seagrass meadows (Duarte et al., 2005; McLeod et al., 2011; Macreadie et al., 2012). Compared to mangrove and seagrass ecosystems, salt marshes have the highest capacity for carbon sequestration, showing accumulation rates up to 244.7 ± 26.1 g C m-2 yr-1 (Chmura et al., 2003; Ouyang and Lee, 2014) and storing an average of 130 Mg C ha-1 (Howe et al., 2009), mostly in the soil and roots and detritus. Despite of their low areal cover relative to the ocean and other terrestrial ecosystems (0.1 – 2%), total carbon accumulation rates in global salt marsh soil are estimated at ~10.2 Tg C yr−1 (Ouyang and Lee, 2014). While the global storage capacity of coastal wetlands is lower compared to the size of terrestrial carbon sinks, the carbon sequestration capacity by salt marsh sediments per unit area is ranked highest amongst coastal wetland and forested terrestrial ecosystems. Furthermore, salt marshes can immobilize the organic carbon for centuries or millennia, whereas terrestrial forests usually only store organic carbon for decades (Macreadie et al., 2012). Therefore, salt marshes are well recognized as blue carbon ecosystems with potential to contribute to regulation of atmospheric CO2 concentrations and mitigate climate change (MacLeod et al., 2011).

Despite their importance in providing ecosystem services, salt marshes have been destroyed for centuries (Duarte et al., 2013). Between 2 and 60% of salt marshes have been lost from the temperate regions of the Earth during last 50 years, particularly due to landscape conversion for housing and farming (Lokwood and Drakeford, 2021). Once the marsh soil is disturbed, the oxidized organic matter is decomposed and large amounts of ancient buried C can be released into the atmosphere as CO2, therefore contributing to greenhouse gases (GHG) emissions (Pendleton et al., 2012; Lovelock et al., 2017). Therefore, both conservation and restoration of salt marshes can maintain carbon sinks and avoid further emissions.

Both salt marshes and mangroves are recognized by the International Panel on Climate Change (IPCC) as potential nature-based solutions for atmospheric CO2 reduction (IPCC, 2021) and therefore eligible to be included within national greenhouse gas accounting frameworks (IPCC, 2014). Additionally, efforts are emerging to use salt marsh conservation and restoration in carbon offset programs, like the “Reducing Emissions from Deforestation and Forest Degradation in Developing Countries (REDD)” initiative for tropical forests (Gibbs et al., 2007). However, the mitigation capacity of a blue carbon ecosystem is a balance between the CO2 sequestrated and emitted (Taillard et al., 2018) and those processes are affected by spatial and temporal variability in natural and anthropogenic disturbances.

While blue carbon science has advanced at unprecedent rates over the last decade, some aspects are still controversial (Lovelock and Duarte, 2019). Among the emerging questions are ones related to the net flux of CO2 and other greenhouse gases between the vegetation/soil/water system and the atmosphere (Macreadie et al., 2019). Even though those ecosystems are significant carbon reservoirs, they can be temporally net emitters of CO2 to atmosphere, depending on the natural dynamics of organic and inorganic carbon exchange. There is a lack of empirical evidence of CO2 fluxes and the processes controlling the exchanges of carbon between the vegetation/soil/water system and overlying atmosphere at the ecosystem level (e.g. Goulden et al., 2007) and how the CO2 fluxes can be influenced by tidal cycles, hydrology, weather, and climate conditions (Polsenaere et al., 2012). Furthermore, anthropogenic disturbances can shift the system from carbon source to sinks (Pendleton et al., 2012; Lovelock et al., 2017).  Thus, accurate global blue carbon budgets are limited by uncertainties in CO2 net fluxes.

Micrometeorological flux methods like the eddy covariance (EC) techniques allow the study of whole ecosystem fluxes of CO2 to estimate gross primary production, net ecosystem exchange, and ecosystem respiration (Forbrich and Giblin, 2015). The balance between CO2 released and taken up by the ecosystem is measured, without disturbing the soil or vegetation, and modeling approaches allow the partitioning into the component fluxes of primary production and respiration. Developed initially for terrestrial ecosystems, the EC technique is not yet widely applied in coastal wetland studies, where tidal and hydrological dynamics offer challenges (e.g. Barr et al., 2010; Forbrich and Giblin, 2015; Chu et al., 2021; Hawman et al., 2021; Hill et al., 2021). The knowledge gaps of CO2 fluxes are particularly large for South America, where the great majority of EC studies are concentrated in the terrestrial ecosystems, with few studies performed in coastal wetlands (e.g. Tonti et al., 2018, Freire et al., 2022) and the coastal and open ocean (Pezzi et al., 2016; Oliveira et al., 2019; Santini et al., 2020; Pezzi et al., 2021; Souza et al., 2021).

In the Southwestern Atlantic Ocean, southern South America, salt marshes dominate the intertidal estuarine habitats of the subtropical and temperate coastline covering approximately 5,000 km of coastline from 29° S to 54° S with an area of approximately 220,000 ha (Isacch et al., 2006; Martinetto et al., 2016). Extensive coastal wetlands are found surrounding the Patos Lagoon Estuary (Costa et al., 2003), a dominant feature of the southern Brazil coastal plain that is of high ecological and social relevance (Odebrecht et al., 2010; Odebrecht et al., 2017). Well preserved and highly productive salt marshes occupy about 70 km2 of the margins of Patos Lagoon Estuary (Nogueira and Costa, 2003; Costa and Marangoni, 2010). The Patos Lagoon salt marshes are strongly affected by seasonal changes of light, temperature and hydrological cycles (Costa, 1997a; Costa, 1997b; Costa e Marangoni, 2010). Preliminary results show these salt marshes store an average of 220 Mg C ha-1 (Paterson, 2016), which is in the high range of the global observations. A large area of the Patos Lagoon salt marshes has been lost and degraded since the early nineteenth century by urbanization, agriculture activities, industrial and port expansion (Costa, 1997a; Costa, 1997b; Seeliger, 2010). About 16% of the area was lost since the nineteenth century, although during past five decades those habitats has been stable (Marangoni and Costa, 2009).

The Patos Lagoon dynamics, including that of its estuarine region are dominated by low frequency perturbations (e.g. weekly, seasonal) but some of the interannual variability of the estuary and thus all ecosystem dynamics are related to climate forcing including ENSO (El Niño - Southern Oscillation). The natural funneling of the estuary toward the Atlantic Ocean makes the intensification of the outflow currents a major regulator of the circulation of the lagoon (Möller Jr. and Fernandes, 2010). The low tidal amplitudes (~0.4 m) associated with the low tidal energies in the estuary make the balance between the continental discharge and the winds the major forcing mechanism for the local circulation when analyzing dynamics at longer temporal scales (Möller et al., 2001). Therefore, the local salt marshes are microtidal, with their primary production and biomass cycles strong related to the annual and interannual flooding and dry periods (Costa, 1997a; Costa and Marangoni, 2010).

The present study aims to report the first ever EC measurements of the CO2 exchanges between the salt marsh vegetation and the atmosphere in Brazil. We assessed the daily and seasonal variability of the CO2 fluxes between the vegetation and the atmosphere to describe the balance between photosynthesis and respiration. The primary scientific hypothesis is that, although the seasonal and interannual variability in the salt marsh biomass, climate and hydrology would be predominant forcing mechanisms for the fluxes’ variability, the Patos Lagoon salt marshes are sinks of CO2 with potential to contribute to mitigation of climate change. The CO2 fluxes reported here add to the knowledge of CO2 fluxes from the southern hemisphere, which are not yet fully explored in blue carbon studies.



Material and methods

The study was carried out in Pólvora Island (32° 01’14.24’’S, 52° 06’17.35’’W), an area of well preserved salt marsh located in the Patos Lagoon Estuary, southern Brazil (Figure 1). The island holds a research station and education center (Eco-Museum), managed by the Oceanographic Museum, Federal University of Rio Grande. The Patos Lagoon Estuary is part of the Brazilian Long Term Ecological Research (BR-LTER). Salt marsh in the region has been studied since 1992, with a focus on plant abundance and distribution, primary production, plant-animal interactions, biogeochemical aspects (Costa, 1997b; Costa and Marangoni, 2010) and, more recently, carbon stocks and sequestration (Patterson, 2016). Pólvora Island is located in the meso-mixohaline region of the estuary with salinity ranging between 5-25 practical sanility units (PSU). Across the topography gradient, Spartina alterniflora Loisel dominates in the low marsh, Bolboschoenus maritimus (L.) Palla in the low-mid marsh, Spartina densiflora Brongnin in the mid-high marsh, Schoenoplectus americanus (Rchb.) Palla (also known as Scirpus americanus or S. olneyi) and Juncus roemerianus Scheele comprise the community at the highest elevations. The vegetation spatial distribution and zonation are characterized by mosaics that reflect the flooding and salinity gradients. Most of the area (93.2%) is occupied by mid-high marsh, whereas marshes in creeks and muddy, flat areas occupy 5.3% and the rest (1.5%) are low marshes (Nogueira and Costa, 2003).




Figure 1 | Location of the Patos Lagoon in southern South America and Pólvora Island in Patos Lagoon Estuary. The study site is represented by the yellow star in the consecutive maps. (left) Landsat 8 (OLI) image of Patos Lagoon of 24 May 2018 provided by NASA Earth Observatory. (right) Pólvora Island image of 13 June 2021 provided by Google Earth Pro®.



The regions climate is subtropical humid (Cfa) according to Koeppen-Geiger criteria (Reboita and Krushe, 2018), with four distinct seasons and average maximum temperature in January of 24.2°C and an average minimum temperature of 13.2°C in July. The annual precipitation is around 1360 mm distributed over all months, although the winter period presents a slightly higher precipitation (120-130 mm/month) compared to the summer (90-100 mm/month). The increased rainfall in winter is due to the more frequent penetration of atmospheric systems (cold fronts) to this region. These systems bring cold air masses and are associated with several meteorological phenomena such as frontal systems crossing the area from the Pacific Ocean, cold fronts and cyclones developed in southern Brazil or in the vicinity and atmospheric blocking, among others (Reboita et al., 2010).

The annual cycle of sunshine hours is from 10 h (winter) up to 14 h (summer). The ENSO events also influence the precipitation, with El Niño (La Niña) producing higher (lower) precipitation with respect to the climatological average at a determined period (Silva et al., 2021). For our data collection period (July 2016 up to April 2017), a moderate La Niña1 event occurred from July until December, inducing lower precipitation than the normal climatological values.


Micrometeorological measurements

In order to take the vegetation/soil-atmosphere CO2 flux data used here, a 3 m tall, micrometeorological tower was installed in January 2016 (32° 01’17.08’’S, 52° 06’10.20’’W) in Pólvora Island (Supplementary Figure 1). The installation and maintenance of the tower and sensors was a multi-institutional effort carried out between (1) the Center for Weather Forecast and Climate Studies (CPTEC) of the National Institute for Space Research (INPE); (2) the Institute of Oceanography (IO) and the Oceanographic Museum Prof. Eliézer de Carvalho Rios of the Federal University of Rio Grande (FURG); and (3) the State Center for Remote Sensing and Meteorology Research (CEPSRM) of the Federal University of Rio Grande do Sul (UFRGS). After installation, the tower was fully operational with all sensors operating from July 2016 to April 2017, apart from a week in October 2016 (due to battery failure) and from mid-November to the end of December 2016 when sensors were being serviced. Precipitation data were not collected due to a failure on the rain gauge electronics. Sensors were periodically serviced at about every 3-months period, mainly for cleaning, and no dataset was found to drift from the expected range of measurements during the time of our experiment.

Although the island’s topography is flat and very close to the water level, subjecting the terrain to periodical flooding (Costa, 1997a; Costa and Marangoni, 2010), the tower’s position in the high-mid marsh avoided water  suppressing the vegetation at the site during our study period.

Supplementary Table 1 provides a list of sensors used in the tower. Most of sensors operated in the 30 s period (1/30 Hz frequency) but the IRGASON (Campbell Scientific Corporation, Logan, Utah, USA), an integrated 3D sonic anemometer with and open path gas analyzer operated at the 10 Hz frequency necessary for the EC estimates. The IRGASON has also a thermometer and a barometer to make auxiliary measurements at the same frequency as the wind and gas concentration.

As suggested by Verbeeck et al. (2011), the chosen position for the tower installation suitable for EC measurements, lying on very flat terrain that extends about 1,500 m in the northwestern/southeastern direction by about 200 m in the northeastern/southwestern direction (Supplementary Figure 2). The tower’s location lies on an area dominated by Spartina densiflora (Supplementary Figure 3). The shortest distance between the tower’s position in Pólvora Island and Rio Grandes’s city center is 700 m. As the island is located north of the city and prevailing winds during our experiment were from the northeastern/eastern quadrants (Supplementary Figure 4) where there are no settlements, we do not expect significant urban contamination of our CO2 measurements.

In order to estimate the source area and the contribution of a specific target to the surface/atmosphere fluxes, footprint (or fetch) models are used in association with the EC measurements. In this paper, we used the 2D footprint model described by Kljun et al. (2004) and Kljun et al. (2015) and freely available by the Tovi™ s. The software uses meteorological information like windspeed and direction, surface turbulent fluxes (especially momentum and sensible heat fluxes), the atmospheric stability estimate (including the Monin-Obhukov Length), and information of the vegetation like height, displacement heights and roughness length. In our case, although these parameters vary with the seasonal cycle (Costa et al., 2003), we found that the roughness parameter variation up to a value of 1 m did not affect the calculation of the footprint area. Using the extremely high roughness parameter of 1 m, the footprint was computed as between 200-300 m (area of ~0.25 km-2) for both winter-spring and summer-fall periods (Supplementary Figure 5). As we observed spatial homogeneity of the salt marsh vegetation in all directions around the instrument tower for both study periods, we assumed that all CO2 flux measurements presented in this work were solely related to the salt marsh vegetation and represent its typical behavior.

As conventionally needed for the EC calculations, the original (3 m height) windspeed measured by the IRGASON 3D sonic anemometer was converted into its 10 m height equivalent (U10) using the Coupled Ocean-Atmosphere Response Experiment (COARE) version 3.5 bulk algorithm (Edson et al., 2013). The atmospheric pressure data collected by the IRGASON barometer were extremally noisy from March 15, 2017 onward and they were not used here. The original data collected at 3 m height were also converted into sea level pressure (SLP, 0 m height) in a similar way. Both conversions make our data easily compared in the future to most atmospheric datasets in the world.



Auxiliary environmental data: water level, precipitation and wind

In order to assess the relations between water level and the micrometeorological measurements made throughout the study period, we used water pressure (proxy to water level) data gathered by the Laboratory of Coastal and Estuarine Oceanography (LOCOSTE) of IO-FURG during the period of this study. Water pressure data were taken by a thermo-condutivimeter (CT) SeaBird SBE 37-SM moored in the estuary’s mouth about a kilometer away from the Pólvora Island in a depth between 4.5 and 5 m. The instrument provided a pressure mean (4.63 dbar) over the 2-years time period. This 2-years mean value was subtracted from the daily means to provide the water pressure anomaly (WPA) data used here.

As precipitation data was not directly collected by the rain gauge installed in the micrometeorological tower, we used data from the Brazilian National Institute of Meteorology (INMET)2 available for the period of this study. INMET maintains the automatic weather station #A802 (a.k.a. 83995) in Rio Grande city at the position 32°04’43” S; 52°10’03” W inside the Federal University of Rio Grande (FURG) at a distance of around 9 km from the site of our micrometeorological tower. The data presented many gaps making its use as a robust time series impossible. Nonetheless, we used the data to characterize the synoptic meteorological conditions of the study area.

In order to investigate the climatology of the wind field of our study area, we used hourly values (not shown) from a meteorological reanalysis database provided by the European Centre for Medium Range Weather Forecast (ECMWF) named ERA53. It uses a 4D variational assimilation scheme (Hersbach et al., 2020). Briefly, ERA5 consists of hourly atmospheric variables computed at a ~30 km grid size for more than 130 height levels in the atmosphere from the Earth’s surface up to 60 km. The wind data used here were extracted from the grid point including Rio Grande city (32°S, 52 °W) for the period from 2010-2020 at 100 m height in the atmosphere. The analysis of these data (not shown) indicated that during our study period the winds were close to the climatological means for each of the seasons.



Eddy covariance estimates of CO2 fluxes

The eddy covariance method correlates the turbulent fluxes of a determined scalar between two determined environments, for instance the interface of surface (vegetation/soil/water) and the atmosphere. The parameters are measured by sensors installed in micrometeorological towers and are used to estimate the net exchanges of CO2, water and energy between the surface and the atmosphere (Stull, 1988; Jung et al., 2011; Edson et al., 2013). The EC method measures the covariance between the turbulent fluctuations of a scalar and vertical windspeed around their mean during a determined sampling interval. For instance, here we use a sampling frequency of 10 Hz for the fast response sensors and a time interval of 30 min for the computation of the fluxes. The high frequency fluctuations correspond to measurements of the transport of energy by the small atmospheric eddies. The time interval window (e.g. 30 min) data is then computed in order to resolve and include the transport by the large-scale eddies (Kaimal and Finnigan, 1994; Miller et al., 2010).

Using the IRGASON, we measured the 3D wind velocity vector components (u, v, w) and the  density of H2O(v) and CO2 in order to calculate their mixing ratio (H2O(v)/CO2) in the atmosphere to further calculate the turbulent CO2 EC fluxes (FCO2 in μmol m−2 s−1) at the vegetation/soil-atmosphere interface as:



where, ρa is the dry air density, w is the vertical component of the wind velocity and c is the mixing ratio (e.g. H2O(v)/CO2) The means are represented by over bars and the turbulent fluctuations are represented by the primes. All data were processed using the open source software EddyPro® v.6.2.14. At this step, we configured the proper corrections for flux computation as wind rotation, planar fit, corrections for air temperature, atmospheric pressure and humidity etc (Webb et al., 1980; Miller et al., 2010; Aubinet et al., 2012). EddyPro® follows the scheme proposed by Foken et al. (2004) for the data quality-control. Necessary spectral corrections were made for both low- and high-frequency bands following the methods described by Moncrieff et al. (2004). The statistical tests used to clear spikes on the micrometeorological time series were performed according to Vickers and Mahrt (1997) using 30 min long time intervals and detrended time series derived from the original data. The methodology used here is similar to that used by Oliveira et al. (2019); Santini et al. (2020) and Pezzi et al. (2021).

Once the CO2 fluxes were computed for the two periods of this study, we used the synchronized radiation series to separate the data into daytime (from about 6 a.m. up to 18 p.m. local time) and nighttime series (from about 18 p.m. up to 6 a.m. local time), from which we calculated the basic statistics (mean and standard deviation) for both daily periods. Then we computed the net CO2 fluxes to assess the role of the salt marsh environment as a sink (negative net fluxes) or a source (positive net fluxes) of CO2 to/from the atmosphere. Using only the daily values of minimum (nighttime) and maximum (daytime) values, we also computed the maximum daily amplitude of the CO2 fluxes and statistics of the series at the monthly scale and for the two periods analyzed here (winter-spring and summer-fall).



Wavelet and cross-wavelet analysis

A wavelet transform was used to determine the temporal variability of the CO2 fluxes and to estimate the coefficients of cross-correlations (r) between these fluxes and atmospheric and water level variables. From all meteorological variables collected by the instrument tower, the following were used for the analysis: air temperature, relative humidity and windspeed. Apart from correlating the fluxes with the meteorological variables and water level anomaly, we also correlated the water level with windspeed to support the assumption that these variables are highly correlated (Möller et al., 2001). All variables were averaged to a daily temporal resolution before the analysis.

The cross-wavelet analysis and wavelet coherence were performed according to the methodology proposed by Grinsted et al. (2004). We used a cone of influence (p>0.05) to separate valid data from the red noise. Briefly, the cross-wavelet spectrum analysis emphasizes the common power of the two-time series, while the wavelet coherence emphasizes the correlations between temporal cycles imprinted on two time series, e.g, the coherence fluctuations. We thus determine the local correlation of significant oscillations observed among the CO2 EC fluxes and environmental variables. We used the software STATISTICA7.0® to perform the cross-correlations and Matlab7.0® to perform the wavelet and cross-wavelet computations.




Results


Salt marsh-atmosphere CO2 fluxes and associated environmental variables

Figures 2, 3 present the time series of CO2 fluxes at the salt marsh-atmosphere interface and the environmental variables SLP, air temperature and water level anomaly for the two sampling periods of this study (July-November 2016 and January-April 2017, respectively). Supplementary Figures 6 ,7 present the time series of windspeed, relative humidity, incoming shortwave radiation and precipitation for the different study periods.




Figure 2 | Time series of (A) CO2 fluxes at the salt marsh-atmosphere interface; (B) sea level pressure (SLP); (C) air temperature (Tair); (D) water pressure anomaly (WPA) for the period spanning from July up to November 2016. The vertical gray lines in (A) indicate the pressure troughs associated with the passage of atmospheric cold fronts in the study area.






Figure 3 | Time series of (A) CO2 fluxes at the salt marsh-atmosphere interface; (B) sea level pressure (SLP); (C) air temperature (Tair); (D) water pressure anomaly (WPA) for the period spanning from July up to November 2016. The vertical gray lines in (A) indicate the pressure troughs associated with the passage of atmospheric cold fronts in the study area.The mean values of net CO2 flux are negative and almost the same for both periods of this study (-3.23 to -3.20 μmol m-2 s-1) (Table 1). Mean value of night fluxes (a proxy of community respiration) is about 4.6 times higher in summer-fall than in winter-spring (Table 1). Daytime mean fluxes, related to the community photosynthetic activity, varied between (-6.71 to -7.95 μmol m-2 s-1) between the two periods analyzed. The mean value of nighttime fluxes, on the other hand varied between 0.67 (winter-spring) to 2.95 μmol m-2 s-1 (summer-fall). Variability in mean values of CO2 fluxes is higher during daytime when compared to the nighttime measurements, for both periods (Table 1), following the high variability in the incoming shortwave radiation, a variable dependent on the cloudiness (Supplementary Figures 6C, 7C).




Table 1 | Mean (± standard deviation) values of salt marsh-atmosphere CO2 flux during daytime, nighttime and daily cycle net balance, for both studied periods.



The CO2 fluxes show a typical diurnal cycle, for both winter-spring and summer-fall periods (Figures 2A, 3A). This daily cycle, which is related to the photosynthetic activity and the community respiration, dominates the temporal modulation of the series. It is also noticeable that, for both study periods, the amplitudes of the daytime periods’ CO2 absorption (negative fluxes - influx) are larger than that released during nighttime periods (positive fluxes - eflux), suggesting a positive net balance of photosynthetic activity over the community respiration.

The average maximum negative and positive values of the CO2 fluxes observed, respectively, during daytime and nighttime along the temporal series represent the daily amplitudes of the salt marsh-atmosphere CO2 fluxes (Table 2). The values are a proxy of the maximum photosynthetic rates (daytime negative values) and community respiration (nighttime positive values) for each month during the two studied periods. The peaks of negative (-16.38 to -16.57 μmol m-2 s-1) and positive values (4.39 to 4.92 μmol m-2 s-1) of CO2 fluxes occurred during austral summer (January-February 2017), therefore resulting in the highest amplitudes between day and night (20.77 to 21.49 μmol m-2 s-1). The amplitudes of the CO2 fluxes signal are larger during summer (January-February) than during the winter (July-August), while the fluxes’ variability is lower in summer months.


Table 2 | Mean and standard deviation for the daytime (nighttime) monthly average of maximum (minimum) values of the CO2 flux measured during both study periods.



Using Table 1 data for the net CO2 seasonal fluxes, the annual average of the CO2 taken up by the salt marsh can be estimated as -3.215 μmol CO2 m-2 s-1 or -3.215 x 10-6 mol CO2 m-2 s-1. Considering that the mass of carbon in a mol of CO2 is 12 g and applying the correct transformations of units, this results in a theoretical fixation tax of carbon close to -1217 g C m-2 yr-1. Extrapolating this value for the total extension of the Patos Lagoon salt marshes (72 km2; Nogueira and Costa, 2003) gives us an annual carbon fixation rate for the entire area covered by the Patos Lagoon marshes close to -87.6 x 109 g C yr-1 (-87.6 Mg C yr-1).

Some of the CO2 flux cycles seen in Figures 2A, 3A follow the cycles presented by the environmental variables studied here. The sea level pressure time series, for instance, show a clear temporal variability in the scale of 3-7 days (Figures 2B, 3B), in agreement with the characteristics of the passage of atmospheric synoptic systems alternating high and low pressures over time. The frequencies of occurrence of high-pressure systems were higher in the winter-spring period (Figure 2B) than in the summer-fall period (Figure 3B) making the amplitude of the pressure differences during episodes of frontal passage in summer-fall (1000 to 1023 hPa) greater than winter-spring (1000 to 1020 hPa).

The air temperature (Figures 2C, 3C), relative humidity (Supplementary Figures 6B, 7B) and the incoming shortwave radiation (Supplementary Figures 6C, 7C) are clearly modulated by the diurnal cycle. As expected for our study area, relative humidity reaches 100% more frequently during the winter-spring period than during the summer-fall. The water pressure anomalies (Figures 2D, 3D) also show a clear diurnal cycle in both study periods and generally follow the atmospheric pressure variability at the synoptic scale. The precipitation data provided by INMET (Supplementary Figures 6D, 7D) show that episodes of heavy rainfall with values of more than 20 mm h-1 are common in Rio Grande city, especially during the summer-fall period.

Windspeed at 10 m height (U10) time series present cycles that are clearly related to the variability of the atmospheric transient systems, as both variables describe the fluctuations related to the atmospheric systems’ passage in our study area (Supplementary Figures 6A, 7A). The wind, though, has a prominent diurnal component, probably related to the sea breeze. Windspeed values are often smaller than 5 m s-1 but sometimes reach more than 10 m s-1 in bursts or gusts related to low pressures occurring in winter-spring. ERA5 climatology for Rio Grande city (not shown) revealed that the windspeed presents a clear seasonal variation and it is stronger (around 8.2 m s-1) during winter than during summer (7.3 m s-1). Also, the more frequent wind direction is usually from NE-E during summer, albeit some events from NW-W also occur during winter. This is also observed in the wind data provided by the micrometeorological tower (Supplementary Figures 4, 6A, 7A).



Wavelet and cross-wavelet analysis

The results of time series analysis (wavelet and cross-wavelet) made clear the dominant period cycles of the studied variables CO2 fluxes, windspeed and water pressure anomaly (Figures 4–7). As previously observed in the original time series (Figures 2A, 3A), CO2 fluxes in the interface salt marsh-atmosphere show a marked diurnal cycle (~ 24h). Our wavelet results indicate that the diurnal cycle accounts for the highest energetic spectral content of our CO2 fluxes time series in both periods of this study (Figures 4A and 6A). The same diurnal cycle was observed in the other variables, although not very well distributed in time and not energetic (Figures 4B, C, 6B, C). The CO2 fluxes, windspeed and water pressure anomaly present significant energy periods centered at 64 to 512 hours (~3 to 21 days), which are associated with the synoptic atmospheric scales (gray lines) seen in Figures 2B, 3B.




Figure 4 | Wavelet power spectrum of CO2 fluxes (A), windspeed (B) and water pressure anomaly (C) for the period spanning from July up to November 2016. The contours are for variance units. The 5% significance level against red noise is shown as a thick contour (cone of influence). Blurred regions indicate values outside the cone of influence. The 95% significance level is shown by heavy black contours. The horizontal scale represents the Julian days in July-November 2016 period. The results of the cross-wavelet analysis for the winter-spring (Figure 5) and summer-fall periods (Figure 7) are presented as the common power (energy) spectrum of the two-time series or the wavelet coherences that emphasize the correlations between variations of two series, i.e., coherence fluctuations. The analysis indicates the local correlation (0 ≤ r ≤ 1) of significant oscillations observed between the CO2 fluxes and windspeed and water pressure anomaly. The relative phase between the variables is presented as vectors: they point toward the right (left) at the horizontal when the variables are totally in phase (out of phase).






Figure 5 | Cross-wavelet coherence of CO2 fluxes and windspeed (A) and CO2 fluxes and water pressure anomaly (B) for the period spanning from July up to November 2016. The contours are for variance units. The 5% significance level against red noise is shown as a thick contour (cone of influence). Blurred regions indicate values outside the cone of influence. The vectors indicate the relative phase between the variables. The horizontal scale represents the Julian days in July-November 2016 period.






Figure 6 | Wavelet power spectrum of CO2 fluxes (A), windspeed (B) and water pressure anomaly (C) for the period spanning from January up to April 2017. The contours are for variance units. The 5% significance level against red noise is shown as a thick contour (cone of influence). Blurred regions indicate values outside the cone of influence. The 95% significance level is shown by heavy black contours. The horizontal scale represents the Julian days in January-April 2017 period.






Figure 7 | Cross-wavelet coherence of CO2 fluxes and windspeed (A) and CO2 fluxes and water pressure anomaly (B) for the period spanning from January up to April 2017. The contours are for variance units. The 5% significance level against red noise is shown as a thick contour (cone of influence). Blurred regions indicate values outside the cone of influence. The vectors indicate the relative phase between the variables. The horizontal scale represents the Julian days in January-April 2017 period.



Figures 5 and 7 present highly coherent, cross-energy peaks are scattered between semi-diurnal or diurnal cycles (~12 to 24 h) and low-frequency ones, mostly between 64 to 512 hours (~3 to 21 days) as already seen in the individual power spectra (Figures 4 and 6). The semi-diurnal coherences are in phase, showing that the CO2 fluxes directly respond to both windspeed and water pressure anomaly. Episodes of high correlations, however, were not continuous throughout the entire time series, but rather associated to episodes of high amplitude of the variables involved.

A noticeable episode of high cross-energy between CO2 fluxes against windspeed and water pressure anomaly centered at 128 hours (~5.33 days) occurred between Julian days ~250 to ~270, corresponding to 6 to 26 September 20165 (Figure 5) coincided with a period of high water pressure anomalies (~ 10 dbar) recorded by the CT instrument located in the Patos Lagoon Estuary (Figure 2D). At the same period, windspeed was relatively low, ranging between 3-6 m s-1 (Supplementary Figure 6A). The cross-wavelet coherence of CO2 fluxes against windspeed is very high and in phase during the period of Julian days ~250 to ~270 (Figure 5A) while the coherence between CO2 fluxes and water pressure anomaly for the same period, although still high, is out of phase (Figure 5B).

The cross-wavelet results between CO2 fluxes and windspeed shows two high-coherence, in phase peaks centered at about 64h (~3 days) in periods ranging from Julian days 40-50 (9-19 February 2017) and Julian days 80-90 (21-31 March 2017 - Figure 7A). Other peak in Figure 7A occurs at the ~265 hours period (~11 days) during Julian days 20-40 (20 January to 9 February 2017). The variables were time-lagged at about 3 days (a quarter of a 11-day cycle).

The cross-wavelet coherence spectra of CO2 fluxes and water pressure anomaly (Figure 7B) shows a prominent out of phase, high-coherence peak centered at about 192h (8 days) in periods ranging from Julian days 20-80 (20 January to 21 March 2017). During this period the water level anomaly, albeit positive, was about 5 dbar lower that the subsequent period - fall (Figure 3D).




Discussion

The present study is, to our knowledge, the first to measure gas exchange in a Brazilian saltmarsh ecosystem. Our results suggest that subtropical salt marsh habitats are net sinks of carbon. Our study also described the different temporal scales dominating of the salt marsh-atmosphere CO2 flux cycles, emphasizing the control of the diurnal cycle by aspects linked to the plant’s physiology and the control of longer periods’ cycles by environmental factors.

The salt marsh-atmosphere CO2 EC fluxes measured in Pólvora Island presented a clear cycle at the diurnal scale during all seasons of our study in 2016-2017, forced by the balance between photosynthesis (negative fluxes) and community respiration (positive fluxes). The mean daytime fluxes were -6.71 ± 5.55 μmol m-2 s-1 (-7.95 ± 6.44 μmol m-2 s-1) for the winter-spring (summer-fall) season. During nighttime, the mean CO2 fluxes were 0.67 ± 2.93 μmol m-2 s-1 (2.95 ± 2.10 μmol m-2 s-1) in winter-spring (summer-fall). Although there is high variability in the data, the effectiveness of the salt marsh as a CO2 sink was attested by the computation of the net CO2 balance with a predominance of the photosynthetic activity over respiration and net flux of about 3.2 μmol m-2 s-1 throughout the period of this study.

Our results showed a clear seasonal cycle, with differences of CO2 fluxes between winter and summer (Tables 1, 2). This pattern is similar to what found by Tonti et al. (2018), for EC measurements taken in a salt marsh in Argentina (about 38° S) in 2014. These authors related the summer uptake increase of CO2 by the salt marsh vegetation to both the increase of the air temperature and the duration of the day, consequently increasing the photosynthetic activity in that season. In agreement to the range of results presented in this work (Table 2), Tonti et al. (2018) reported a -12.9 μmol m-2 s-1 uptake peak during daytime in March 2014. During daytime in winter, on the other hand, the CO2 uptake by the vegetation was lower than in summer, peaking at -4.6 μmol m-2 s-1 in August 2014. The results of both studies suggest that the seasonal cycle of air temperature, daylength (light) and plant responses are important forcing mechanisms for the vegetation-atmosphere annual CO2 flux amplitudes in Southwestern Atlantic salt marshes. The annual fixation rate of carbon in this ecosystem, estimated as -1217 g C m-2 yr-1, represents the amount of carbon fixed from the atmosphere in the plant and not necessarily sequestrated by the plant for growth and/or deposited in the sediment. Nevertheless, this fixation rate is about 5 times the mean carbon uptake of salt marshes in other locations (i.e. mean of -245 g C m-2 yr-1, Ouyang and Lee, 2014).

The existing knowledge of CO2 fluxes between the vegetation and the atmosphere in Brazil are restricted to terrestrial biomes. A recent study reported the seasonal behavior of the gross primary production (GPP) - a variable directly related to the fluxes - in four terrestrial biomes: Pantanal, Amazonia, Caatinga and Cerrado (Costa et al., 2022). Analyzing data from one particular location in each biome in distinct periods ranging from 2004 to 2016, the authors described how the seasonal cycle of meteorological variables such as the global incident radiation, air temperature and water vapor deficit, as well as precipitation were the key modulating factors of seasonality in GPP for all biomes.

Armani et al. (2020) presented a study of the EC CO2 and heat fluxes measured in a reservoir located in the Paraná River, southern Brazil, during 2013. The micrometeorological instruments were deployed in a tower installed in one of the reservoir’s islands which is flat and almost submerged, located at 25°03’25.72’’ S, 54°24’33.67’’ W. The authors reported remarkable seasonality of the CO2 fluxes: in the warm season, the CO2 fluxes were negative (CO2 uptake by the vegetation) during daytime due to photosynthesis and positive (CO2 emittance by the vegetation) at nighttime due to the respiration activity. This result agrees with our findings and supports the idea that the plant’s physiology is the major driver of the vegetation/atmosphere CO2 fluxes. During the cold season, however, Armani et al. (2020) found that both daytime and nighttime CO2 fluxes were predominantly negative, suggesting an imposition of the atmosphere’s CO2 concentration and the occurrence of stronger winds on the CO2 fluxes. The authors also reported that 90% of the CO2 flux measurements made in their study area ranged between -102.68 to 151.72 μmol m-2 s-1. In average, the CO2 flux was 12.78 μmol m-2 s-1, indicating that the reservoir was a source of CO2 to the atmosphere.

The amplitudes of the salt marsh-atmosphere CO2 fluxes’ diurnal cycle for both study periods seen in Figures 2A, 3A demonstrate that they were modulated by the passage of transient atmospheric systems, such as cold fronts, and by the level variation of the island’s surrounding waters. Beside the seasonal changes in sunlight (daylength) and air temperature, differences between the spring-summer and winter-fall periods are marked by the variation in the level of marsh inundation that is usually higher in winter-spring months than in the summer. The salt marsh inundation is locally driven by the Patos Lagoon discharge and windspeed which tend to be higher in winter.

The time series of the meteorological variables collected in our study area (Figures 2, 3 and Supplementary Figures 6, 7) attest the predominance of both the seasonal variability and the short-term, synoptic scale (3 to 7 days) events in our study area. The sea level pressure (Figures 2B, 3D) and windspeed data (Supplementary Figures 6A, 7A) clearly show the cycles related to the passage of atmospheric synoptic systems during both study periods. In addition, the diurnal cycle is also prominent in these time series and particularly visible in the air temperature series (Figures 2C, 3C). The seasonal cycle is very clear, as expected, in the air temperature series with values generally above 20°C from November 2016 onwards.

Using precipitation data of Rio Grande city in the period 1913-2016, Silva et al. (2021) describe that the monthly means of this variable are uniformly distributed along the year without distinguishable dry and wet seasons. On analyzing the period 1950-1980, however, the authors noticed that the summer-fall season was dryer, and the winter was wetter than during the whole period 1913-2016. Wetter summers, including the month of November, were predominant during the period 1980-2010. Silva et al. (2021) also report that the major modes of variability of the precipitation in Rio Grande, which can be extrapolated to the study area, are related to the seasonal cycle and to a ~5-years and a 8-years period oscillation linked to the ENSO phenomenon. The authors described that the 5-years (8-years) ENSO cycle is associated to the positive (negative) phase of the Pacific Decadal Oscillation, demonstrating that the teleconnections are important for characterizing the climate of the study area. As described before, during both periods of this study, a moderate La Niña event induced lower precipitation than the normal climatological values. This situation may have produced CO2 fluxes lower than average.

Figures 4–7 show that patterns in winds and water level had strongly influenced our CO2 fluxes. This result corroborates the findings of Möller et al. (2001). The authors studied the subtidal circulation of the Patos Lagoon Estuary analyzing time series of wind, outflow (discharge) and water level collected in situ together with numerical model outputs. They emphasize the importance of the wind forcing in the modulation of the estuary outflow, pointing out to the effects of the passage of meteorological fronts in the temporal scale of 3 to 16 days that produce an inversion of the pressure gradient between the inner and outer parts of the Patos Lagoon. Winds blowing from the southern quadrant produce a pressure gradient from the sea toward the estuary (landward) while northernly winds do the opposite (seaward). Möller et al. (2001) did not report on eventual time lag between the variables, however they pointed out to a phase lag that occurs between the inner Patos Lagoon and the adjacent coastal waters of the South Atlantic Ocean. This lag is modulated by the along-shore (along-estuary) winds and by the morphology of the estuary that acts by filtering tidal and longer period oscillations generated outside the estuary.

Forbrich and Giblin (2015) studied CO2 fluxes using the EC technique between a salt marsh vegetation in New England, USA, and the atmosphere in the months of May to October between 3 years of measurements (2012-2014). They noticed a considerable loss of CO2 transfer in the marsh-atmosphere interface during both night and day under situations of tidal inundation (spring tides at ~15-day periodicity in their case). The authors, using NDVI data estimated from satellites, report areas of low elevation marshes susceptible to suffer reductions in their CO2 fluxes during inundation events.

Although our site in the Pólvora Island is not subject to high tidal amplitudes (Möller et al., 2001) and the precipitation in the vicinity is not very distinct among all seasons when analyzed at the long-term scale (Silva et al., 2021), it is expected that wetter seasons or individual episodes would impact (diminishing) the vegetation/soil-atmosphere CO2 fluxes. As pointed out by Möller et al. (2001), a wetter estuary (marsh) in the vicinity of our study area is related to the increase in the Patos Lagoon outflow (water level) that, on the other hand, is forced by northerly winds and the increase in precipitation, especially during wintertime.

The episode of Julian days ~250 to ~270 (ordinal calendar days 6 to 26 September 2016 - Figure 5) represents a period of very high water pressure anomalies (Figure 2D) and low windspeed (Supplementary Figure 6A) resulting in a very high, in phase (out of phase) cross-wavelet coherence of CO2 fluxes against windspeed (water pressure anomaly), showing that high water levels reduce CO2 uptake in the marsh and corroborating the results from Forbrich and Giblin (2015). Other similar episodes throughout the time series shown in Figure 5B, where the CO2 fluxes are out of phase with the water pressure anomaly, confirm the findings of Forbrich and Giblin (2015) of a negative correlation between water level and salt marsh-atmosphere CO2 fluxes.

The results presented in Table 2 for the amplitudes of the diurnal CO2 fluxes also show that these amplitudes are higher during the dryer season of the summer (January-February) 2017 with respect to the winter (July-August) 2016. It is clear from Table 2 that, during the summer, higher CO2 fluxes occurred during both daytime and nighttime periods. A study using the EC technique in a tropical mangrove (Freire et al., 2022) indicated that the highest values of vegetation-atmosphere CO2 fluxes occurred during the wet season, in contradiction to our results for the Patos Lagoon salt marsh. In both ecosystems, however, the precipitation or water level seem to be major drivers for the vegetation-atmosphere CO2 flux variability.

Krauss et al. (2016) point out that, although salt marshes absorb the atmospheric CO2, these ecosystems also emit CO2 and two other greenhouse gases (CH4 and NO2). Nevertheless, the authors report that the carbon sequester in wetlands is much greater than most ecosystems and, as a consequence, these environments draw general interest as greenhouse gas sinks. Studying the Louisiana (USA) wetlands, Krauss et al. (2016) reported an uptake rate of CO2 by the marshes of -337 g C m-2 yr-1 which is about 3.6 times less than our estimate of -1217 g C m-2 yr-1 for the Patos Lagoon marshes. The authors also offered a comparison between EC measurements of greenhouse gas fluxes and estimates obtained from the more traditional technique of chambers, describing that the different spatial and temporal sampling footprints of the EC and the chambers techniques require further understating to make direct comparisons between these techniques possible.

As all techniques, the EC CO2 flux estimates also present a range of limitations. Oliveira et al. (2019), for instance, described that EC CO2 fluxes are computed using an estimate of the turbulent mixing ratio between the water vapor and the CO2 in the atmosphere that is performed before any calculations of the surface-atmosphere CO2 fluxes. These measurements, along with the original concentrations of these gases in the atmosphere need to be estimated at the same frequency as the vertical component of the wind and all instruments need to be calibrated and frequently serviced, as was the case in this work. At the same time, an accurate dry air density value is necessary in the calculations and a correct setting up of the EddyPro® routines should be applied. Hollinger and Richardson (2005), however, consider that the EC technique the best method to quantify surface to atmosphere fluxes with uncertainties in the order of only 5%.



Conclusion

This work presents the first results of vegetation/soil-atmosphere CO2 flux measurements made using the eddy covariance technique for a salt marsh environment in Brazil. The major findings demonstrate that the local marsh biome is an effective sink for the atmospheric CO2 during both periods of this study: July-November 2016 (characterizing the winter-spring seasons) and January-April 2017 (summer-fall seasons). The amplitude of the daytime (CO2 fixed) and nighttime (CO2 released) fluxes are dependent on the seasons, being higher during the summertime.

Our results also show that the CO2 fluxes in the Patos Lagoon Estuary salt marshes are primary dependent on the diurnal cycle related to the photosynthetic and community respiration processes. For longer time scales, from the atmospheric synoptic cycles to the seasonal cycle, the results demonstrate that the CO2 fluxes are correlated and phase dependent on the winds and water level cycles. Considering the whole area of the Patos Lagoon Estuary salt marshes, this work also offers the first estimate of an annual, area-integrated net CO2 flux indicating the sink of atmospheric CO2 of -87.6 Mg C yr-1 averaged over all seasons. It is important to remember that, although not clearly seen in our data, the second semester of 2016 was a La Niña period, supposing a drier condition for our study area. Our results, in this case, may be overestimated compared to others “normal” years.

The importance of salt marshes is well known, especially when taking into account their role as a source of organic matter and nutrients that support fisheries. The predicted sea level rise imposed by the global warming represents a great risk for these environments (Boorman, 1999). The lower CO2 sink of the salt marsh with higher water levels in the lagoon suggest that sea level rise could result in lower productivity. Although in Brazil the future expected sea level rise is not very well understood, its impacts add onto the negative pressures already imposed by urban expansion in the coastal regions. The past reduction of the salt marsh extent due to urban expansion in the Patos Lagoon Estuary is well documented (Costa, 1997a; Costa, 1997b; Marangoni and Costa, 2009; Seeliger, 2010) and greatly impacts this environment in southern Brazil.

Taking into account the relevance of Patos Lagoon salt marshes for the maintenance of local estuarine fisheries and coastal protection (),  the present study provided further basis for the conservation plans and climate change policies. Our work contributes to the present knowledge on the global carbon budget and for the conservation and management of Brazilian coastal wetlands.
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Site State

Hirota Bay, lwate Undaria pinnatifida
Matsushima Bay, Miyagi Undaria pinnatifida
Arikawa Bay, Nagasaki Sargassum spp.
Tainoura Bay, Nagasaki isoyake

Omura Bay, Nagasaki Sargassum spp.

Bise Point, Okinawa Cladosiphon okamuranus

NEP GLM Autotrophic frequency GLM
Mean Lower Upper Mean Lower Upper
-0.11 -0.16 -0.06 0.34 0.24 0.44
o1 -0.01 0.22 0.56 0.49 0.63
o1 0.07 0.15 0.59 0.55 0.63
-0.05 -0.09 -0.02 0.42 037 0.46
0.16 -0.20 0.54 0.59 0.46 0.73
-1.10 -1.59 -0.65 0.26 0.16 0.37

Rows are ordered from north to south. Units of NEP are in [g O» m™2 day”' ] m™".
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Site

Hirota Bay
Matsushima
Bay

Bise Point

Species

Undaria pinnatifida
Undaria pinnatifida

Cladosiphon
okamuranus

Yield
(ton dry)

120
40

6.8

Farm area

(m?)

2,292,480
2,721,800

246,581

% Carbon
content

27.0
25.2

13.3

Carbon yield
intensity
gcm?

14.1
37

37

Production duration
(days)

129
145

105

Carbon capture
rate
(gCm2d")

0.110
0.026

0.035
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Location Latitude Longitude State Start End Survey Temperature Temperature Mean wind fetch (m) and the number of

(N) (E) date date days mean (°C)  standard deviation vectors at the upper limit in the parenthesis
()

Hirota Bay, 39.0240  141.7873  Undaria 2020- 2021- 129 97 1.8 4832 (37)
Iwate pinnatifida 12-08 04-15

Matsushima  38.3455  141.0808 Undaria 2019- 2020- 133 95 4.4 3254 (4)
Bay, Miyagi pinnatifida 10-17 02-27

Matsushima  38.3455  141.0808 Undaria 2020- 2021- 145 8.3 4.4 3254 (4)
Bay, Miyagi pinnatifida 10-18 03-14

Arikawa 32,9883 129.1184 Sargassum  2017- 2017- 22 16.5 057 2473 (14)
Bay, spp. 04-09 04-30

Nagasaki

Arikawa 329883 129.1184 Sargassum  2017- 2018- 136 16.8 39 2473 (14)
Bay, spp. 10-01 04-30

Nagasaki

Arikawa 32,9883 129.1184 Sargassum  2018- 2019- 178 171 26 2473 (14)
Bay, spp. 10-08 04-30

Nagasaki

Arikawa 32,9883 129.1184 Sargassum  2019- 2020- 178 17.6 3.1 2473 (14)
Bay, spp. 10-01 04-21

Nagasaki

Arikawa 32,9883 129.1184 Sargassum  2020- 2021- 159 17.7 331 2473 (14)
Bay, spp. 10-01 04-29

Nagasaki

Tainoura 32,9513  129.1096 isoyake 2017- 2017- 22 16.8 0.6 1016 (8)
Bay, 04-09 04-30

Nagasaki

Tainoura 32,9513  129.1096 isoyake 2017- 2018- 101 16.7 29 1016 (8)
Bay, 11-01 04-30

Nagasaki

Tainoura 32,9513  129.1096 isoyake 2018- 2019- 185 17.7 28 1016 (8)
Bay, 10-01 04-30

Nagasaki

Tainoura 32,9513  129.1096 isoyake 2019- 2020- 187 18.1 3.1 1016 (8)
Bay, 10-01 04-30

Nagasaki

Omura Bay, 32.8700 129.9735 Sargassum  2015- 2015- 6 15.8 04 15684 (3)
Nagasaki spp. 04-17 04-22

Omura Bay, 32.8700 129.9735 Sargassum  2015- 2016- 27 16.2 48 1584 (3)
Nagasaki spp. 10-14 04-30

OmuraBay, 32.8700 129.9735 Sargassum  2016- 2017- 14 16.5 55 1584 (3)
Nagasaki spp. 11-02 02-02

Bise Point, 26.7043  127.8597 Cladosiphon 2021- 2021- 108 218 0.9 7336 (62)
Okinawa okamuranus  01-15  04-30

To determine wind fetch, 108 vectors with an upper limit of 10,000 m were generated in a 2x radial pattern around each coordinate.
Rows are ordered from north to south.
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Site Species or State GEP NEP ER

Mean SD Mean SD Mean SD
Hirota Bay, lwate Undaria pinnatifida 0.39 0.39 -0.11 0.30 0.50 0.45
Matsushima Bay, Miyagi Undaria pinnatifida 1.94 1.27 -0.06 1.12 1.98 1.70
Arikawa Bay, Nagasaki Sargassum spp. 1.43 0.92 0.15 0.70 1.28 0.84
Tainoura Bay, Nagasaki isoyake 0.77 0.54 -0.06 0.61 0.83 0.57
Omura Bay, Nagasaki Sargassum spp. 3.73 1.91 -0.15 1.62 3.87 2,57
Bise Point, Okinawa Cladosiphon okamuranus 3.87 3.01 -1.41 2.07 5.28 3.11

Rows are ordered from the north to south. Units of GEP, NEP, and ER are in [g O> m™ day '] m™.
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Habitat type ~ C-sequestration (g Corg m™2 yr'™)

Country Mean Sd Range N (site)
Salt marshes

Norway 253 190 19-603 5x2*
Denmark 30.3 14 17-45 3
Eelgrass

Greenland 5.1 48 1.3-105 3
Denmark 352 21-49 10
Denmark 33 760 i~ S
Finland 5.2 10
Macroalgae (tidal and subtidal)

Norway 19.9* 5 4(1)

Sediment depth
(cm)
4.75-10.75
14-30
Ca. 10
25
15
25

40

210py,
210py,

210pp,

Not measured; sedimentation rate from literature: 2.02 mm yr”'
Repeated measure (0-2 yr) in restoration site versus reference site
Not measured; sedimentation rate from literature: 2.02 mm yr™!

210py,

Dating method

Reference

(Ward, 2020)
(Graversen et al., 2022)

Marba et al., 2018)
Rohr et al., 2016)
Lange et al., 2022)
Réhr et al., 2016)

(Frigstad et al., 2021)

*Ward examined both high and low marsh at 5 sites.
**C-sequestration as particulate organic matter buried in coastal shelf sediments and the deep-sea based on a mass balance approach (aka Krause-Jensen and Duarte, 2016).: The

estimate quantifies the macroalgal C-sequestration (which occurs beyond the habitat in adjacent soft sediments) relative to the macroalgal habitat area.
AStandard error, N not given, but representing detailed subsampling in large scale restoration plots.

We searched for data for each of the Nordic countries; hence if information is lacking for a given country/habitat type this indicates that we are not aware of any data. Sediment depth
represent the depths used in the quantification of sequestration rates. Given rates are for particulate organic carbon (POC) sequestration only. Norway: no sequestration rates for eelgrass
and other rooted vegetation. Sweden: Information exists only for eelgrass.
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Science roadmap

* Establish maps of past and current area distribution of Nordic BC habitats and define strategies for future mapping, e.g. remote sensing techniques (satelites,
airplanes, drones) and distribution modelling supported by field observations

* Further quantification of BC stocks, sequestration rates, export pathways and overall carbon transport rates between sources and sinks. This also involves
increased understanding of BC sinks beyond BC habitats

* Estimate the potential of BC strategies to increase BC areas and associated BC gain via protection, restoration, and macroalgal farming, and identify key target
areas for BC strategies based on knowledge on historic distribution, habitat suitability and connectivity

* Quantify co-benefits of Nordic BC strategies for ecosystem biodiversity, ecological status and other Ecosystem Services

* Database on Nordic BC restoration projects and associated synthesis and evaluation ofrestoration success and influencing factors

* Identify ecological effects of seaweed/kelp farming and produce sustainability guidelines in order to support benefits and avoid negative effects

* Quantify effects of climate change and its interaction with other stressors on BC habitat distribution and ecological status; and identify vulnerable habitats
Management roadmap

The management road map must be closely connected with the science agenda. Its principal duty includes but is not limited to:

* Ensure integrated/holistic management of BC habitats across sectors/ministries (i.e. climate, coastal protection, biodiversity, eutrophication, fisheries) to
address both the diversity of stressors and the full suite of benefits of BC habitats

* Coordinate mapping of BC habitats for monitoring status and trends, and target management actions

* Promote protection of BC ecosystems as a means to prevent further loss of BC habitats and associated BC stocks accumulated over long timespans (both BC-
habitats and BC-sinks)

* Promote protection of C-sinks beyond BC habitatsby creating “carbon protecting zones” in areas of high organic C-burial in the shelf or open ocean sediments
(cf. Diesing et al., 2021).

* Define science-based target areas for restoration and facilitate implementation of restoration initiatives

* Establish a database for Nordic BC data that is linked to existing data collection efforts.

* Facilitate sustainable macroalgal farming via protocols and sound application/approval procedures

* Promote climate-smart management strategies for the protection and restoration of BC habitats (including compounding impacts of climate with other stressors)
* Data collected and strategies recommended through the BC Roadmap should align with and feed into requirements for BC habitat integration into Nordic
countries’ Nationally Determined Contributions (NDCs) under the Paris Agreement (both for climate mitigation and adaptation commitments) and
national GHG inventories.”

* Establish a Nordic BC task force to lead coordination, provide technical guidance, promote knowledge exchange, and provide best practices.

* In addition to national scale climate commitments, voluntary carbon markets offer long-term private sector financing for climate mitigation at sub-national scales. The compliance markets
are also gaining traction with the recent approval of Article 6 at COP26, which allows for nature-based carbon credits to be traded between countries. Existing methods such as the Verified
Carbon Standard (VCS) - overseen and managed by Verra - provide access to carbon markets for the conservation and restoration of salt marshes, seagrasses and mangroves.
Unfortunately, there is currently no methodology for macroalgae. Also, despite a methodology being available for seagrasses, no seagrass restoration project has been validated to date
under Verra, probably due to the complexity of carbon flows and fluxes in the system and eelgrass restoration is relatively “new” compared to mangrove restoration.

Keywords are highlighted in bold.
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Vegetation  Area km® Method Notes Reference
type
Country
Salt marshes
Greenland nd - - -
lceland 65 Remote Mainly via satelite (Ottosson et al., 2016)
Faroe Islands nd = o A
Norway 57 Field Likely underestimated (Borgersen et al., 2020)
Denmark 410 Field and remote 1310, 1320, 1330 (Fredshavn et al., 2019)
Sweden 158 Field 1310, 1330, 1630 SLU*
Finland 330 Modelled pot, Remote Common reed (Phragmites australis) (Lehtomaa et al., 2018)
Finland 420 Remote 1630, salt meadows (Lehtomaa et al., 2018)
Total 1,440
Eelgrass
Greenland nd - Small areas in inner fiord branches. (Olesen et al., 2015)
lceland >11 Field Likely underestimated (Ottosson et al., 2016)
Faroe Islands nd = & =
Norway 90 Field: 60 km? mapped, multiplied by 1.5 to (Frigstad et al., 2021)
take unmapped areas into account
Denmark 1,345 Expert: 20% of historic area; based on data (Bostrom et al., 2014)
from Limfiorden & @resund
Denmark 2,204 Modelled pot (GIS model of habitat (Staehr et al., 2019)
suitability based on monitoring data; 100 m
pixels)
Denmark nd Remote Based on satellite; 10 m pixels aggregated to 40 m. Hansen LB (DHI) http://satlas.
Eelgrass and macroalgae combined. No area estimate dk/marine-vegetation/
Sweden 400 Remote Modelled by “the Symphony tool”, based on satellite (Hammar et al. 2018)
(2008, 2016) w. field data, 10 m pixels aggregated to
250 m)
Finland 15 (30) Modelled pot Maximum potential area of Z. marina. 15 added as a (Downie et al., 2013; Bostrom
(Habitat suitability modelling) conservative estimate etal., 2014)
Total 1,861
(2,735)
Macroalgae (tidal and subtidal)
Greenland 32,977 Modelled pot Potential area of intertidal macroalgae (coarse estimate) (Krause-Jensen et al., 2020)
Greenland 77,461 Modelled pot Potential area of subtidal macroalgae (coarse estimate) (Krause-Jensen et al., 2020)
Greenland 26,704 Modelled pot, rule based Sugar kelp, dense (coarse estimate) (Frigstad et al., 2021)
(24,401-
27,877)
Iceland >280 Field/Remote (pot. based on sediment, Intertidal only (Ottosson et.al., 2016)
exposure)
Iceland 495 Modelled, rule based Intertidal and subtidal rockweed, dense (Frigstad et al., 2021)
Iceland 2,328 Modelled, rule based Subtidal kelp, dense (Tangle kelp 2,328; Sugar kelp 15) (Frigstad et al., 2021)
@173~
2,774)
Faroe Islands 245 (228-  Modelled, rule based Subtidal kelp, dense (Tangle kelp 235; Sugar kelp 10) (Frigstad et al., 2021)
283)
Norway 3090 Modelled, rule based Intertidal and subtidal rockweed, dense (Frigstad et al., 2021)
Norway 7,417 Modelled, based on field observations Subtidal kelp (Tangle kelp 3,810; sugar kelp 3,607) (Frigstad et al., 2021)
(5,933-
9,317)
Norway 5,355 Modelled, based on field observations Subtidal kelp (Gundersen et al., 2021)
(5,082-
6,947)
Denmark 397 Remote/expert/modelled, rule based Estimated area of tidal macroalgae (Fucus sp.) for (Riemann et al., 2020; Frigstad
Kattegat upscaled to national level etal., 2021)
Denmark 1,438 Field/Modelled pot Suitable area for macroalgae in Kattegat (6.6% of (Oberg, 2006)
Kattegat).
Sweden 869 Survey/Modelled pot Modeliing of hard bottom as proxy for area of subtidal (Hammar et al. 2018) (based on
macroalgae the Geological Survey of
Sweden)
Sweden 1,335 Modelled, rule based Intertidal and subtidal rockweed, dense (Frigstad et al., 2021)
Sweden 985 (904-  Modelled, rule based Subtidal kelp, dense (Tangle kelp 127; Sugar kelp 858) (Frigstad et al., 2021)
2328)
Finland 240-580  Modelled pot Pot. area of Fucus vesiculosus and F. radicans (Sahla et al., 2020)
Total 16,532
(130,735)
Grand sum 19,833
(134,910)

*SLU, Swedish Species Information Centre; www.artdatabanken.se/en
Methods include “Field": upscaled from field observations; “Remote”: based on remotely sensed data; “Modelled” or “Modelled potential (pot)”, where the latter in some cases include
habitat suitability modeling at a coarse scale without detailed documentation; “Expert”: expert judgement based on field observations. Notes include information on species, habitat- or
vegetation type (e.g. EU Habitats Directive Annex | habitat types #1310, 1320, 1330, 1630). References are provided. Details on area information: Values in bold mark the best available
estimates of the realised diistribution area. The area of Greenland macroalgae is not marked in bold as it represents coarser estimates than for other regions. For each vegetation type, the
total Nordic area is calculated as the sum of national values marked in bold; in parenthesis follows the total potential area including the largest potential estimates and high-end-range of
estimates for each country. In the case of Finland, area estimates for both eelgrass and other rooted vegetation are included in the total. nd, Not determined.
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Habitat type
Country

Salt marshes
Norway

Denmark
Eelgrass
Greenland
Norway

Denmark
Denmark

Sweden (W coast)
Sweden (E Coast)
Sweden - all data
Finland

C-stock (g Corg m™)

Mean

629
5992

413
1463
1013
4324
3806

490
32563
627

Sd Range N (sites)

335 367-1379 5x2%

1401 4228-8178 6
201 197-595 3
217 1

820 155-44138 50
1188 10
1117 1221-5046 15
213 364-735 3
1628  364-5046 18
286 138-1425 10

Sediment depth

(cm)

>100
43

10
25
10
25
25
25
25
25

Reference

(Ward, 2020)
(Graversen et al., 2022)

(Marba et al., 2018)

(Réhr et al., 2018)

(Kindeberg et al., 20187)

(Rohr et al., 2016)

(Dahl et al., 2016b; Dahl et al., 2020a; Dahl et al., 2020b; Moksnes et al., 2021);
(Dahl et al., 2016b)

(Dahl et al., 2016b; Dahl et al., 2020a; Dahl et al., 2020b; Moksnes et al., 2021)
(Rohr et al., 2016)

*Ward examined both high and low marsh at 5 sites. **Compaction not considered. Nincludes Réhr et al., 2016 data.
The depth of the sediment representing the C-stock is listed with associated reference. Lacking information for a given country/habitat type indicates that we are not aware of any data.
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Species N MS-Y N MS-Y N MS-Y N MS-Y
tCind'yr') (Cyr') ($tCO2ind'yr") ($tCO2yr’)

HP -18 -6,477,110 -1,611 -569,475,071
WSD -57 -3,955,032 -5,018 -347,731,033
cb -45 -2,651,706 -3,967 -224,348,955
WBD -106 -1,685,582 -9,324 -148,198,365
BND -76 -1,330,703 -6,679 -116,997,002
MwW -251 -5,901,380 -22,053 -518,856,178

Total -21,901,513 -1,925,606,604
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Species

PP PP PPR PPR
(tCind"'yr) tcyr’) (tCindyr") tcyr’)
HP 0.11 39,615 18 6,516,725
WSD 0.40 27,831 57 3,982,863
CcD 0.23 12,906 45 2,564,612
WBD 0.54 8,525 107 1,694,108
BND 0.43 7,587 76 1,338,290
MwW 7.63 179,611 258 6,080,990
Total 276,075 22,177,589





OPS/images/fmars.2022.892892/table2.jpg
Fishing Type  Carbon Vulnerability Ranking Area [km”]

England  Scotland  Wales  Northern Ireland  Isle of Mann  Total

Otter Trawling Very Low 10,547 6,456 466 221 - 17,689
Low 52,014 60,503 3,896 735 233 117,380
Medium 7,803 19,906 1,078 429 159 29,376
High 1,789 10,621 368 894 184 13,855
Very High 49 2,144 - 12 = 2,205
Total Area fished by otter trawling 72,202 99,629 5,807 2,291 576 180,504
Area unfished by otter trawling 155,542 362,341 27,056 14,636 3,392 562,966
EEZ Area 227,743 461,970 32,862 16,927 3,968 743,470

Beam Trawling Very Low 1,789 - 172 - - 1,960
Low 7424 - 576 - 25 8,024
Medium 20,298 - 2,732 12 37 23,079
High 17,015 - 2,242 25 12 19,294
Very High 1,127 - 208 123 - 1,458
Total Area fished by beam trawling 47,653 - 5929 159 74 53,814
Area unfished by beam trawling 180,091 461,970 26,933 16,768 3,895 689,656
EEZ Area 227,743 461,970 32,862 16,927 3,968 743,470

Towed Dredging Very Low 1,005 1,531 490 110 184 3,320
Low 5133 5,476 1,397 319 588 12,912
Medium 3,700 5,990 1,433 368 502 11,993
High 257 1,531 37 86 12 1,923
Very High - 588 - 12 - 600
Total Area fished by beam trawling 10,094 15,117 3,357 894 1,286 30,748
Area unfished by beam trawling 217,649 446,854 29,506 16,033 2,682 712,723
EEZ Area 227,743 461,970 32,862 16,927 3,968 743,470

The CVR for each finishing type is broken down by country/dependency. Note that there are no fishing records for beam trawlers over 12 meters in length for Scottish waters. Seine trawling
has been excluded from this study due to a lack of date regarding trawl penetration depth, thus there will be additional areas.
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HP 0.11 39,615 10 3,482,986
WSD 0.40 27,831 35 2,446,934
CcD 0.28 12,906 20 1,134,730
WBD 0.54 8,625 47 749,569
BND 0.43 7,587 38 667,037
Mw 7.63 179,611 671 15,791,596

Total 276,075 24,272,851
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consumed/ consumed/ excreted/ excreted/

removed removed recycled recycled

(tNind yr) tNyr’) (tNind'yr) tNyr’)
HP 0.02 8,716 0.0197 6,973
WSD 0.09 6,124 0.0707 4,899
CcD 0.05 2,840 0.0402 2,272
WBD 0.12 1,876 0.0944 1,601
BND 0.10 1,669 0.0762 1,335
MwW 1.68 39,520 1.3437 31,616

Total 60,745 48,596
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The random effects considered both a non-spatial (pure nugget) and spatial autocorrelation (exponential) covariance function. Bok-X, backscatter intensity (dB)-resolution
of data (m); Folk5-Map, modiified BGS 250K Folk sediment map classification; Folk5-Obs, observed modified Folk type at sample locations.
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3.0022
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Standard error (SE) refates only to uncertainty in predicting OC %; bulk densities (DBD) are assumed to be known exactly. (1 Mt = 1 millon tonnes which is the

equivalent of 1 Tg).
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Country Coastline 0-25m Seagrass area - this paper Seagrass Seagrass area (km?) relative  Seagrass area (%) of

length'®™  coastal area (km?) 0-25 m deep (km?) area ‘(km?) to coastline length (km)  total 0-25 m coastal area

Albania 397.95 1,035.62 149.56 48.03 0.38 14.44
Algeria 1,487.57 401.79 167.91 40.72 0.1 41.79
Bosnia & 16.11 8.36 6.90 NA 0.46 82.56
Herzegovina?

Croatia 4,165.41 2,870.70 2,029.99 314.37 0.49 70.71
Cyprus 442.27 682.11 44.45 90.40 0.1 6.52
Egypt 1,214.31 1,309.97 2.96 NA 0.002 0.23
France 2,299.10 1,723.78 900.28 940.30% 0.39 52.23
CGreece 14,772.08 9,621.20 2,877.78 449.39 0.2 29.91
Israel 137.27 357.20 10.43 0 0.08 292
ltaly 8,914.69 7,929.72 3,261.23 3376.11 0.37 41.13
Lebanon 190.80 178.06 26.94 0 0.14 1513
Libya 1,441.92 8,249.06 622.03 12.356 0.43 7.54
Malta 153.61 38.45 29.44 58.60 0.19 76.55
Monaco 4.23 0.42 0.41 Included in France* 0.1 98.87
Montenegro 173.46 211.39 146.62 N/A 0.84 69.36
Morocco 551.68 490.63 148.03 N/A 0.27 30.17
Slovenia® 37.60 0.00021 0.00021 0.09 0.000006 99.98
Spain 3,227.89 3,679.31 1,480.88 1726.69 0.46 41.37
Syria® 147.57 0.00 0.00 0 0.000 0.00
Tunisia 1,871.04 15,178.60 6,369.05 5186.85 3.4 41.96
Turkey 3,411.52 2,910.61 740.59 2.87 0.22 25.44
UK (Gibraltar) 16.49 5.17 4.20 N/A 0.26 81.23
Total 45,073.55 56,782.1 19,019.6 12,247.07 o &

"Medliterranean coastline.2Bosnia and Herzegovina has a very short coastline length of 20 km considered in this study due to the depth masking beyond 25 m.

3Slovenia and Syria have an almost non-existent seagrass area due to the manual exclusion of turbid waters from our satellite mosaic.*Based on Telesca et al., 2015. Included for
comparison are the basin and country-scale.

P, oceanica seagrass area estimates in Telesca et al. (2015), the Mediterranean-wide seagrass area synthesis in McKenzie et al. (2020) — 14,167 km? (Moderate-High
Confidence), and the MaxEnt-based modeled potential seagrass area in Jayathilake and Costello (2018)— 118,913 km?.
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Country Coverage (km?) Temporal Range Citation

Croatia 63.6 2012-2017 Cizmek (2017)

France 2,166.1 2010-2016 Andromede Océanologie (2019)

France 569.8 2010-2016 Pergent-Martini et al. (2015)

Montenegro 98.6 2010-2018 DFS Montenegro Engineering (2012)

Spain 142.8 2008-2017 Ricart (2016); Atlas of Posidonia
(2019) GENCAT (2021)

Turkey 233.2 2016-2018 Duman et al. (2019)

3,274 (Total)
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Class name Class definition Number of Blocks
Seagrass Seabed covered by P. oceanica seagrass meadows 401
Optically deep water Areas where the seabed is not visible on the Sentinel-2 mosaic 300
Seabed covered with sand or rocks ~ Areas with fine unconsolidated sediments or exposed hard bare 1,047
substrates
1,748 (total)

The training points were used to guide the pan-Mediterranean mapping with the aid of the ML classifier of Random Forests.

Number of Points

14,436
10,800
37,692

62,928 (total)

Total area (km?)

1.4
11
3.8

6.3
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Parameter or
Analysis

(organic) carbon
content

carbon to nitrogen
ratio

(C:N; N:C)

bulk organic
matter stable
isotopes

pyrolysis

biomarkers

eDNA

black carbon

TGA:
thermogravimetric
analysis

amino acids
sedimentation

rates by Pb-210

radiocarbon dating
(MC)

U/Th dating

Th-234

Blue
Carbon
Relevance

fundamental
measurement
of carbon
stock

provenance

provenance

provenance

provenance

provenance

recalcitrance

recalcitrance

recalcitrance

accumulation;
disturbance
(vulnerability)

Accumulation;
provenance

accumulation

disturbance
(vulnerability)

Key considerations for application in shelf sediments

Typically inter/extrapolated between sampled sites, which is improved by co-measurement of other sediment properties.
Typically determined by EA (provides organic carbon) and not LOI (provides organic matter from which OC can be derived) in
shelf sediments. Though more expensive than LOI, EA is a routinely applied analysis.

In order to derive carbon stocks from percent organic carbon measurements, sediment dry bulk density must also be measured.

Informs on provenance only when considered alongside other OM properties. Readily determined by EA alongside OC
quantification.

A commonly used analytical approach. When used in tandem with C:N ratios and isotopic mixing models, provides a quantitative
method to estimate the proportion OM originating from different sources.

Providing accurate estimates of the proportion of OC originating from different sources if (i) OM source values are well defined
with minimal overlap, (ii) OM has gone through no decomposition during the transport and burial processes.

Allows the whole OC pool to be analysed without requiring solvent extraction. Typically coupled with GC or GCMS to investigate
compound classes.

n-Alkane lipid biomarkers (discussed in detail) and fatty acids, pigments, and lignin phenols (only briefly mentioned herein)
provide a targeted approach capable of resolving mixed sources at high resolution. Able to discern source contributions with
increased specificity (compared with bulk stable isotopes, for example) in complex environments with overlapping inputs. n-
Alkane biomarkers are especially powerful when combined with Compound Specific Isotope Analysis.

Primer choice will determine which taxa can be detected within sediment: it is unlikely that a single primer set will identify all
sources of carbon.
The availability and quality of reference sequences in genetic databases will affect the ease and accuracy of taxonomic assignment.

May be a significant fraction of the OC, with important implications for discussion of blue carbon. Traditional methods require
acid digestion before analysis, which is avoided by temperature gradient methods.

A rapid low-cost approach to quantify the different OM pools (labile, recalcitrant and refractory) and characterize the reactivity of
the OM in marine sediments.

Can be used alongside other OM properties to assess the potential vulnerability of the OC within the marine sediments to
remineralization.

Provides calculation of an index developed for OM primarily sourced from phytoplankton.

A heterogeneous mineralogy and granulometry across a core will affect the application of this tool. Fine sieving will help obtain
higher absolute Pb-210 concentrations. Depending on the sampling location, other fingerprinting tools from legacy human
activities (including non-nuclear activities) might be available to validate any dating or sedimentation rate estimations.

Primary tool for gaining chronological control over long-term (x10* year) accumulation rates. In interpreting long-term OC
accumulation rates calculated from "*C factors such as compaction, changing C sources and material dated all need to be taken
into consideration.

Radiocarbon can also be used as a tracer to understand provenance of the OM and processes governing the transport, burial and
degradation of the OM.

This approach is not applicable for dating sediment of less than 500 years and is only applicable to authigenic sediments rich in
carbonates.

Excess of Th-234 should be present only at the sediment-seawater interface. Its depth profile indicates efficient mixing of the upper
sediments either by bioturbation or human activities. Comparison with another sediment sample collected from a nearby site and
known to be undisturbed by human activities (e.g., MPAs) would be required to confirm a human disturbance qualitatively.

EA, Elemental Analyser; GC, Gas chromatography; GCMS, gas chromatography mass spectrometry; LOI, Loss on ignition; OC, organic carbon; OM, organic matter.





OPS/images/fmars-08-756400/fmars-08-756400-e002.jpg
_ -z}

% 6 (x;)





OPS/images/fmars-08-756400/fmars-08-756400-g001.jpg
N ¥
A !

Cromar_tz Firth

&
E ,‘% %erdeen

%o:h Firth

Moray - Scottish

Marine Region
=i UK Territorial

Seas (12 nmi) 58.4°
—7 Residual Current

MBES Survey
ﬁ Footprint

158°

157.6°

-4.2°

-3.6° -3° -2.4° -1.8°

Depth (m)

B
S 805

158.4°

158.2°

158°

an[57.8°

-3.6° -3.2° -2.8° -2.4°

B BGS 1:250K Seabed Sediments

Folk CI

ass

I Rock
B M
(98

e

gs

. mS
Il sG

igms
B mG

-’

4°

-3.6°

-3.2°

-2.8°

-2.4°

_ [58.4°

158.2°

158°

157.8°

Low : -45

Backscatter Intensity (dB)
High : -15

158.4°

158.2°

158°

157.8°

-3.6°

-3.2°

-2.8°





OPS/images/fmars-08-756400/fmars-08-756400-e000.jpg
MEzég{zm—%u,)],





OPS/images/fmars-08-756400/fmars-08-756400-e001.jpg
H
() —m,)}z] ;





OPS/images/fmars-08-756400/fmars-08-756400-g004.jpg
Gravel

100% @ Class1
[] Class2
/\ Class 3

P4 Class 4
@ Class5

Rock & boulders

Mixfxed
sediment

30%

5% -

—_,g'\’ Mud to O I \

/ muddy Sand ‘ Sand

/

Mud /
100% 1:9

Sand
1:1 811 100%
1 : Mud ratio






OPS/images/fmars-08-756400/fmars-08-756400-g005.jpg
Observed Modified Folk Class
@ Coarse sediment
O Mud to muddy Sand
Mixed sediment
O Ssand
@ Unknown
BGS Mapped Modified Folk Class /

- Coarse sediment

I:] Mud to muddy Sand

EI Mixed Sediment
Rock

- p

|:| Sand
6

58.4° N

58.2° N

//
g 58° N
/// OO
\ "4 o " #=
\ o
%i/ﬁ\‘( ; e @ 0 10 20
\\Ek\/;_}iJ/// —
A km (57.8°N
/

4°W  3.8°W 36°W 34°W 32°W 3°W 28 W 26°W 24°W





OPS/images/fmars-08-756400/fmars-08-756400-g002.jpg
1. Study area

I
v

Processed MBES dataset

Backscatter Bathymetry
6m 6m

Modified Folk map

2. Ground-truthing

Primary data —
Grab sampling

Secondary data—
Data portals

3. Derive predictor variables

PSA (e.g. %GSM, mean
grainsize, Folk type...)

EA
(e.g.OC, IC...)

J 4. Exploratory Data Analysis

Select spatially exhaustive predictor variables
for 0C% mapping (e.g. Folk type, MBES

Additional predictor
variables e.g.

Key

Primary data collection
Secondary data collection
Processing / Analysis steps

Measurements

Jpemo

Modelling

Sedimentary OC Modelling Workflow

backscatter)
(Bathymetry, geographic covariates and Iso
cluster classification rejected above)
—
5. LMM workflow — modelling resp variable sedi y OC
| Fixed Effects: Backscatter (x 7scales) ‘ | Fixed Effects: Folk Type ppeq

- Multiscale backscatter
- Geographic covariates

o =
P’ v ~a
6 12 24 48 96 192 §00
‘Random Effects:
Spatial correlation

v
10-fold CV: Model
performance evaluation

Spatial prediction

|0€' o

Random Effects: No
spatial correlation

map

maps || OC predic

v
Dry bulk density |7>| Delineate by Folk type |

l Estimated OC Stocks (10cm) |






OPS/images/fmars-08-756400/fmars-08-756400-g003.jpg
Grab Samples

7 Data Source

@ Primary - 1019S (Success)
O Primary - 1019S (Fail)

% Secondary - NGR Archive
A Secondary - UKHO HI1150

Iso Cluster Classification

mmm Class 1
== Class 2
—1Class 3
@ Class 4
mmm Class 5

58.4° N

58.2° N

58° N

57.8° N

36°W

34°W

3.2° W





OPS/images/fmars-08-756400/cross.jpg
3,

i





OPS/images/fmars.2022.871799/fmars-09-871799-g005.jpg
50°0.000'

40°0.000

1.500

Legend

Il rredicted seagrass area
B WCMC seagrass area

0 100 200 300 400 km
——

|
0°0.000"

000'6€

34.000

10.000

8°0.000"
|

12.000

000°bE

16°0.000’
|

35.000

|
16°0.000"

38.000

33.000

33.000

24°0.000’

34.000

34.000

0 10 20 30 km

000'SE

000°8€

|
/000'0.08

A000°00¢

.000'0.0€





OPS/images/fmars.2022.871799/fmars-09-871799-g004.jpg
35.000°N 40.000°N 45.000°N

30.000°N

5.000°W 5.000°0 15.000°0 25.000°0 35.000°0
N o
) "
A L VR
&
T i~
(
~® ' -
D Dewa? T L8
° ..\'. £ NN S a o
e M 3 "
‘ q e AR AN L
? »’f{":.’j: %
S )
> b'. e v
) t e, C:;(
. . g
e @
Validation data i
® Seagrass VD
® Deep water VD g
e Sand VD 0 250 500 750 1.000 km
I 20 a0 )
5.000°W 5.000°0 15.000°0 25.000°0 35.000°0

No000'SE No000 0t No000'St

No000'0€





OPS/images/fmars.2022.926215/table2.jpg
Method

Chemo-thermal oxidation (CTO)

Dichromate/sulphuric acid oxidation

Nitric acid oxidation (NAO)

BCPA derivatization

AC with BCPA

§'°C with BCPA

Black carbon fraction quantified/comments

Refractory soot sediments and particulates. Possible interference from Corg charring.

Soot and charring fractions. Variable results and methodology.
Degradable char black carbon.

Dissolved black carbon especially.
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Selected references
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class
4. Accuracy assessment of hard probability map
5. Extracting only the seagrass class

Al-guided Classification

e l _____________________________ ;
7% 1 |
3 ’
' 51 Pan-Mediterranean extent of P oceanica seagrass meadows |
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Nation Soil Depth(cm) Soil OC Stock(Mt) Soil OC Storage(kg OC m™) Reference

Scotland 0-10 0.368 + 0.091 6.31 £ 1.56 This Study

England 1.601 +0.426 4.50 + 1.20

Wales 0.351 +0.082 6.10 £ 1.43

Great Britain 2.320 + 0.470 5.14 + 1.04

Scotland 0-10 0.368 +0.102 6.0+ 18 (Austin et al,, 2021)
Wales 0-10 0.32 5.56 (ABPmer, 2020)
Republic of Ireland 0-10 0.265 38 (Penk and Perrin, 2022)
NW Europe 0-10 28-7.6 - (Legge et al., 2020)
NW Europe (scaled to GB) 07-28

Scotland 0-50 (100) 0.49 — (Beaumont et al., 2014)
England 4.32

Wales 0.57

Northern Ireland 0.02

Great Britain 541
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Surficial (top 10cm) soil OC stock (Mt)

Geo-region Western Scotland Eastern Scotland Western South Eastern
Pioneer 0.001 + 0.0003 0.008 + 0.005 0.027 £ 0013 0.038 + 0.020
Mid-Low 0.098 + 0.048 0.119 £ 0.057 0.773 £ 0339 0445 £ 0.228
High 0.005 + 0.003 0.015 £ 0.007 0209 £ 0.119 0.195 £ 0.129
Spartina 0.0005 + 0.0003 - 0.038 £ 0012 0.099 + 0.051
Unclassified — — 0.070 + 0.048 0.181 + 0.110
Total 0.105 + 0.048 0.142 + 0.058 1.116 + 0.360 0.958 + 0.290
Nation Scotland England Wales Great Britain
Pioneer 0015 + 0.005 0.062 + 0.062 0.003 + 0.0004 0.073 + 0.025
Mid-Low 0320 + 0.090 0.836 + 0.836 0279 + 0.008 1435 + 0411
High 0.033 + 0.008 0371 0371 0.020 + 0.008 0424 £ 0.175
Spartina 0.0005 + 0.0003 0.102 £ 0.102 0.018 £ 0.007 0.137 £ 0.053
Unclassified — 0.230 + 0.108 0.020 + 0.013 0251 +0.119
Total 0.368 £ 0.091 1.601 £ 0.426 0.351 + 0.082 2.320 £ 0.470

e bold values represent the four nations of GB and four geo-regions.
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Pioneer
Mid-Low
High
Spartina
Unclassified
Total

Pioneer
Mid-Low
High
Spartina
Unclassified
Total

Scotland

332
51.42
347
0.12
58.33
Western Scotland
0.10
15.87
0.43
0.11

16.51

e bold values represent the nations and the geo-regions.

Areal extent (km”)

England

13.75
175.94
71.96
25.15
49.01
335.80
Eastern Scotland
1.88
14.91
1.08
0.01

17.96

Wales

1.16
43.64
1.14
6.70
4.88
57.51
Western
7.13
131.28
38.16
10.13
12.99
199.69

Great Britain

17.36
270.99
76.57
3283
53.89
451.65
South Eastern
821
108.85
36.89
227
40.99
217.64
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Forest TEC stock (Mg CO,e ha™) SOC (30%) (Mg CO,e ha™") SOC (50%) (Mg CO,e ha™)

Mature stands, PNW 549-828 164-248 275-414
Old growth forest, interior B.C. 237-309 71-92 119-155
Second growth forest, interior B.C. 147 44 73
Cowichan Estuary SOC stock (Mg CO.e ha) - -
Salt marsh 215.6 +14.2 - -
Upper mudflat 70.7 £ 4.4 - -
Lower mudflat 63.5 £ 4.4 = -
Eelgrass meadow 66.9 + 0.6 - -
Total

In the terrestrial habitats, 30-50% of carbon is stored in the soil and thus represent the upper and lower limits of SOC calculated from total ecosystem carbon stock (TECS). Forest data
from Black et al., 2008.
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Habitat

Existing Habitat
Salt marsh

Mudflat

Eelgrass

Total

Reclaimed Habitat
Salt marsh
(agriculture)

Mudflat (Westcan
Terminals)

Total including
reclaimed area

Habitat
Area (ha)

94.6
251
18
363.40
91.7

11.09

466.39

Carbon Accumulation
(g COze m2yr™)

250.3 +77.1
139.5 + 95.4
139.5 + 95.4

2603 £77.1

139.5 + 95.4

Cowichan habitat carbon
accumulation (Mg CO,e yr')

236.8 + 72.0
350.0 + 217.5
25.1+15.6
612.0 + 329.6
229.6 £70.7

15.5+10.6

857.0 + 410.8

Annual motor vehicle
emission equivalents

158 +18.8
521 £27.8
55+3.7
1330+ 71.6
499 + 15.4

3423

186.3 + 89.3

Annual per capita B.C. resident
emission equivalents

18858
27.8 £19.0
20+14
48.6 +26.2
182+56

12+08

68.0 + 32.6

Separate data are shown for existing habitat and estimated areas of salt marsh and mudfiat reclaimed for human use. All data except habitat area are presented as the mean + standard

error of the mean.
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Location

SOC sequestration (g C m™2 yr™")

Reference

Global salt marshes

Cowichan Estuary salt marsh

Global Seagrasses

Zostera marina meadows
K'6moks, British Columbia
K'émoks, British Columbia
K'6moks, British Columbia
Finland

Limfjorden, Denmark
Funen, Denmark

Denmark

Padilla Bay, Washington
Padilla Bay, Washington
Seto Inland Sea, Japan
Seto Inland Sea, Japan
Seto Inland Sea, Japan
Delmarva Peninsula, Virginia
Burnaby, British Columbia
Burnaby, British Columbia
Burnaby, British Columbia
Clayoquot Sound, B.C.
Skagit County, Washington
Gulf of Gdansk, Baltic Sea
Gulf of Gdansk, Baltic Sea
Gulf of Gdansk, Baltic Sea
Cowichan Estuary, Canada

218 £ 24
(range = 18-1713)
n = 96 sites
74 +23

138 + 38
(range = 45-190)
n = 123 sites

3.0
5.0
13.0
5.2
21.3
49.1
36.2
9.14 £ 0.59
11.34 £1.74
3.18
7.10
10.14
36.68
33.98
36.74
3.47
2.90-39.61
43.88 +9.19
0.84+0.16
2.78+0.28
3.85+1.15
38 + 26

Chmura et al. (2003)
Duarte et al. (2005)
Mcleod et al. (2011)
This study

Duarte et al. (2005)
Mcleod et al. (2011)
Duarte et al. (2010)
Kennedy et al. (2010)

Spooner (2015)
Spooner (2015)
Spooner (2015)
R&hr et al. (2016)
Rohr et al. (2016)
Réhr et al. (2016)
Réhr et al. (2016)

Poppe and Rybczyk (2018)
Poppe and Rybczyk (2018)
Miyajima et al. (2015)
Miyajima et al. (2015)
Miyajima et al. (2015)
Greiner et al. (2013)
Prentice et al. (2019)
Prentice et al. (2019)
Prentice et al. (2019)
Postlethwaite et al. (2018)
Lutz (2018)

Jankowska et al. (2016)
Jankowska et al. (2016)
Jankowska et al. (2016)
This study
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Habitat SOC (%) SOC stock (Mg C ha™') Sedimentation rate Reference
Salt marshes
Australian coasts = 2.8-192.6 = Macreadie et al. (2017b)
Salada Lagoon, Gulf of Mexico 0.2-1.9 23.1210 26.14 0.06 + 0.01t0 1.03 +0.77 cm yr™'  Ruiz-Fernandez et al.
(2018)
Jiquilisco Bay, El Salvador 0.2-17.3 5.98 to 92.96 0.12 £ 0.09 to 0.40 + 0.05 Ruiz-Fernandez et al.
(2018)
Estero de Urias Lagoon, Gulf of California, 6.7-16.8 61.06 to 72.4 0.07 +0.01t0 0.65 + 0.09 cm yr™'  Ruiz-Fernandez et al.
Mexico (2018)
Sian Ka'an, Mexican Caribbean coast 0.7-3.1 23.38 £ 0.56 0.04 +0.01 t0 0.3 +0.07 Ruiz-Fernandez et al.
(2018)
San Francisco Bay Tidal Wetlands 3.96-4.08 - 02-05cmyr! Callaway et al. (2012)
Pacific Northwest Coast, United States: low 4.79 £ 1.44 38.12 + 1.46 - Kauffman et al. (2020)
marsh
Pacific Northwest Coast, United States: high 6.57 + 1.52 52.36 + 2.48 - Kauffman et al. (2020)
marsh
Quintin Bay northeast Pacific, Mexico - 51.8t0 64 0.01-0.03 gcm=2yr! Cuellar-Martinez et al.
(2019)
Cowichan Estuary, Canada 3.56 + 0.50 49.1 £19.9 0.33+0.10cm yr’ This study
Zostera marina meadows Rohr et al. (2018)
Baltic Sea 03+00 4.62 = Rohr et al. (2018)
Black Sea 35+1.2 5.8 - Rohr et al. (2018)
East and West Atlantic 0.7 and 0.3 11.08 and 10.8 - Rohr et al. (2018)
East and West Pacific 0.4 and 1.1 13.88 and 18.74 = Rohr et al. (2018)
Kattegatt-Skagerrak 25+0.6 389 - Rohr et al. (2018)
Mediterranean Sea 23+0.0 70.34 - Rohr et al. (2018)
Finland and Denmark 0.24 and 1.75 1.25 and 8.648 0.32-4.2 cmyr! Rohr et al. (2016)
Padilla Bay, Washington State 1.68 + 0.09 0.08 +0.01t00.31 +0.03cmyr™"  Poppe and Rybczyk
(2018)
Pacific Northwest Coast, United States 0.635 + 0.14 15.99 + 0.88 - Kauffman et al. (2020)
Clayoquot Sound, Canada 1.30 7.90 + 2.83 - Postlethwaite et al. (2018)
Cowichan Estuary, Canada 0.52 + 0.040 179+1.21 0.47 +0.32cmyr’ This study
Other seagrasses
Oyster Harbour, Western Australia 1.6t016.9 - 0.066 + 0.003 cm yr' Marba et al. (2015)
Chek Jawa, Singapore 11+01 276 - Phang et al. (2015)
Abu Dhabi, UAE 0.6 +0.39 982+ 14 = Campbell et al. (2015)
Global 2x01 32.7 - Fourqurean et al. (2012a)
Florida Bay, USA 21 +03 32.7 Fourqurean et al. (2012b)
Shark Bay, Australia 19+04 48.6 - Fourqurean et al. (2012b)
Palau, Micronesia 16.7 £ 0.5 9.6 + 0.86 - Kauffman et al. (2011)
Quintin Bay northeast Pacific, Mexico - 16.0 to 19.6 0.02-321 gem 2y’ Cuellar-Martinez et al.
(2019)
Mudflats
China - - 0.93 and 2.81 cm y’1 Ye et al. (2015)
Chek Jawa, Singapore 1.4 +02 24810 28.6 - Phang et al. (2015)
Indonesia - 1242 - Sasmito et al. (2020)
Australia 3-5 - - Cook et al. (2004)
3.25-4.41 - 0.33+04cmy’ Bernal and Mitsch (2013)
Tamandaré, Brazil = e 0.73cmyr’ Sanders et al. (2010)
Cowichan Estuary, Canada 0.82+0.13and 0.58 + 19.1 +3.78 and 16.9 + 0.40 + 0.21(mean salt marsh and  This study
0.048 4.36 eelgrass)

Literature values have been divided by five to convert SOC stocks from 100 cm to 20 cm depth.
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Site Station 2'°Pb,, range Depth of Mass accumulation Sediment accretion OC accumulation rate  Habitat SOC accumulation
(Bqkg™) 21%pp,, (cm) rate (g m2yr) rate (cm yr’') (g Cm?2yr?) rate (Mg C yr'™")

Salt N1 0.12-10.30 28 0.382 £0.120 0.328 + 0.103 68.21 + 21 64.53 + 19.87

marsh

Upper c2 1.31-8.33 28 - - -

Mudflat

Upper  C3 067 - 42.77 28 = = = 2

Mudflat

Lower C4 1.20- 8.01 28 = = = =

Mudflat

Lower Cc6 0.40-2.48 14 = = =

Mudflat

Eelgrass S7 0.86-5.13 28 0.752 + 0.517 0.465 + 0.317 38 + 26 6.84 + 4.68

Table Legend: Means and Monte Carlo uncertainty are shown for each core.
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Site Vegetation
Salt marsh Aboveground
Belowground
Eelgrass Aboveground
Belowground
Total

OC content (%)

28.65+6.11
39.10 £ 2.05
19.87 + 470
27.46 + 11.63

All data are presented as the mean + standard error of the mean.

Biomass carbon stock (Mg C ha-")

1.34 £ 0.21
7144 £2.74
0.087 + 0.012
0.074 + 0.011

Biomass carbon stock (Mg C)

126.53 + 20.13
675.84 + 259.61
157 £0.21
1.50 +0.20
805.44
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Site Total OC content (%) Total nitrogen content (%) C:N 8'3C (%0)
Saltmarsh

Sediment (1 cm) 1.08 0.085 14.9 -26.0
Sediment (20 cm) 1.936 + 0.270 0.108 + 0.013 202 +0.8 2-26.5 + 0.1
Aboveground biomass 28.7 £6.11 1.56 + 0.42 222+3.35 -25.6 + 5.26
Belowground biomass 34.3+3.12 0.74 £ 0.08 571 £8.11 -26.6 + 5.53
Upper Mudflat

Sediment (1 cm) 0.450 0.053 9.8 -23.6
Sediment (20 cm) 0.566 + 0.047 0.056 + 0.003 1.7+ 0.6 -24.5+ 0.1
woody debris 45.03 +2.05 0.26 + 0.060 209.5 + 39.2 -26.3 + 0.03
Lower mudflat

Sediment (1 cm) 0.410 0.048 10.0501 -256.3
Sediment (20 cm) 0.533 + 0.075 0.049 + 0.0030 12211 -268 +0.2
woody debris 408 £1.74 0.27 +0.026 194.83 +22.1 -27.2 +0.32
Eelgrass

Sediment (1 cm) 0.894 0.090 1.6 -20.0
Sediment (20 cm) 0.612 + 0.09 0.063 + 0.005 109+1.2 -22.6 +0.4
Aboveground biomass 17.6 +3.67 127 +0.29 16.1 +1.08 -12.2 + 0.80
Belowground biomass 23.6 +6.22 0.71+0.18 38.7 + 0.66 -12.0+0.24

All data except surface sediments are presented as the mean + standard error of the mean.
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Period Daytime maximum Nigattime maximum Amplitude of the mean daily signal

(umol m* s) (pmol m? s™) (wmol m? )
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Period

July-November 2016
(winter-spring)

January-April 2017
(summer-fall)

Daytime - influx (umol m™ s™)
-6.71 + 5.55

-7.95 + 6.44

Nighttime - eflux (tmol m™ s™)
0.67 £ 2.93

2,95+ 210

Net flux (umol m™ s)
3234582

-320 +7.38
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Station 8'3C (%o) OC content (%) TN content (%) C:N ratio

Ulva lactuca -12.29 + 0.60 257 £0.7 2.60 + 0.20 99+05
Epiphytes

Site M -16.48 + 0.47 na na 38+0.8
Site R -14.78 + 0.64 na na 46+0.2
Enhalus acoroides

Site M-LW -8.26 + 0.48 3565+ 1.4 3.10 £ 0.09 11.4+06
Site M-SW -8.17 £ 0.72 345+ 1.1 3.23+0.51 10921
Site R-LW -8.16 £ 0.28 356.1+£26 266 + 0.31 184 +£23
Site R-SW -8.01 £0.18 363 +12 3.04 +£0.41 1.8+21

na, data not available.
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Station SPOM Seagrass Macroalgae Epiphytes

Site M-LW 19.1 (0-52) 22.3 (0-62) 29.6 (0-88) 29.0 (0-87)
Site M-SW 21.5 (0-55) 20.0 (0-58) 27.5(0-83) 31.0(0-92)
Site R-LW 16.1 (0-39) 50.0 (19-75) — 33.9 (0-81)
Site R-SW 17.8 (0-42) 45.1 (13-71) = 37.2(0-87)

SPOM, suspended particulate organic matter.
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Vegetated BCEs

Mangroves

Salt marshes
Seagrass meadows
Macroalgal habitats

Rhodolith beds
Non-vegetated BCEs
Hypersaline tidal flats
Continental Shelf
Marine animal forests

Global area (ha)

8,148,400"

5,495,089°
26,656,200°
354,000,000

Global mean burial rates (Tg C y™)

31.0-34.4°

48-87.2°

48 - 11286
0-42*

4007

Brazilian area (ha)

990,000°
A 28.8869 10 11 12
A 67,82513 14 1516 17 18 19 20 21
B 1v144‘232 22232425
© 3,300,000 2
22,971,800%"

57,000 2

"Hamitton and Casey, 2016; 2 Mcowen et al., 2017;  McKenzie et al. 2020; *Krause-Jensen and Duarte, 2016; *McLeod et al., 2011; ®Fourqurean et al., 2012; "van de Hejiden and
Kamenos 2015; © Diniz et al., 2019; ® Martinetto et al., 2016; "°Teixeira and Souza-Filho, 2009; ' Rodrigues and Souza-Filho 2011; "2 Flynn et al., 1998;° Creed, 2003; ' Barros et al.,
2014 '® Copertino et al., 2016; '® Howard et al., 2017a; 7 Shaefer et al., 2018; '® Gorman et al., 2020a; ' Choi 2011, %° Gama 2015; ?' Silva 2017; #Horta, 2000; % Jorge et al., 2012;
24Figueiredo et al., 2008; 2Lanari et al., 2022; *Anderson et al., 2021; % Carvalho et al., 2020; 28 MapBiomas, 2021

A Summing up available areal values from mapping and studies for distinct areas.

B Potential habitats estimated by summing up the values of subtidal regions of marine protected areas (MPA's) where diverse macroalgal beds are registered. Data on MPA's shallow subtidal
areas obtained from: (https://www.funbio.org.br/programas_e_projetos/gef-mar-funbio; https://uc.socioambiental.org/pt-br/amp/932; https://www.parquedorecifedefora.com.br).
°Habitat range distribution of the deep kelp beds (Laminaria abyssalis) occurring at continental margin bellow tropical waters
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Global total stocks (Tg C)

Current day Forecasted Losses from deforestation Net change
Tree C stocks Soil C stocks Tree C stocks Soil C stocks
SSP245 1382.0 £ 450. 481.4 + 121. . .
1246.9 + 4271 3296.1 +£ 114.8 He0 =06 e “ 196.7 £32.3 i2ar &11467
SSP585 1439.8 £ 502.5 3457.0 £ 125.6 167.1 £1202.3

Global Sequestration Rates (Tg Cyr—1)

Current day Forecasted Net change

88P245 17.8 +£ 0. —0.5 £+ 1.
18.3+0.9 §£09 05 8
SSP585 17.1+0.9 —-12+18

Forecasted stocks and sequestration rates represent global estimates for the year 2095. Soil C stocks are estimated to 1 m soil depth. Net change is forecasted
stocks/sequestration rates minus current day stocks/sequestration rates minus losses from deforestation.
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Country Current total % of global Global SSP245 SSP585
stocks (Tg C) total cumulative%
Potential total stock % Of total Potential total stock % of total country
change (Tg C) country change change (Tg C) change

Indonesia 1,099.24 +£ 103.77 24.27 + 0.61 24.27 + 0.61 128.67 £+ 80.57 11.25 £ 7.33 119.76 + 84.06 10.89 £ 7.65
Australia 406.78 + 56.65 8.93 £0.18 33.20 + 1.04 28.31 £43.72* 6.96 £ 10.75 41.61 + 47.65* 10.23 + 11.71
Philippines 325.13 £ 30.13 7.18 £0.19 40.38 + 1.66 18.72 £ 22.41* 5.76 £6.89 21.84 4+ 24.36* 6.72 £ 7.49
Brazil 265.59 + 32.94 5.84 £0.03 46.22 +£2.25 11.36 £ 28.72¢ 4.28 +£8.93 8.64 + 24.24* 3.256+9.13
Mexico 174.14 + 26.21 3.82 £0.12 50.04 £ 2.72 8.83 + 18.63* 5.07 £10.70 10.70 + 20.45* 6.15 £ 11.75
Malaysia 170.47 + 16.66 3.76 £ 0.08 53.80 + 3.27 20.48 + 12.54 12.01 £ 7.35 18.61 £13.01 10.92 £7.63
Myanmar 154.59 + 33.68 3.36 +£0.34 57.16 + 3.48 —7.98 + 21.32* —5.16 £ 13.79 —3.55 +21.73" —2.30 + 14.06
Papua New Guinea 143.14 4+ 14.80 3.16 + 0.05 60.32 +£ 3.74 9.44 + 11.46* 6.60 + 8.01 13.46 + 11.92 9.40 + 8.33
Cuba 135.15 +13.29 2.98 + 0.06 63.30 + 4.06 19.37 £ 11.16 14.33 £ 8.25 20.28 £+ 13.20 15.00 £9.77
Nigeria 96.81 + 10.66 2.13 £0.02 65.44 + 4.41 10.06 + 7.89 10.39 + 8.15 10.32 £ 8.22 10.66 + 8.49
Thailand 94.27 £ 9.37 2.08 £ 0.04 67.52 + 4.79 —2.46 + 6.94* —2.61+7.36 —3.67 + 7.59* —3.89 +£ 8.05
Guinea-Bissau 9221 £ 12.75 2.02 +£0.03 69.54 £ 5.14 2.18 +£9.89* 2.36 £10.72 6.20 + 10.13* 6.73 +10.98
India 87.16 +£ 11.72 1.92 £ 0.03 71.45 +£ 547 —1.20 £ 8.91* —1.37 £10.22 2.70 + 9.63" 3.10 £ 11.04
Madagascar 82.27 £ 11.22 1.81 £0.03 73.27 £5.76 —0.03 + 7.70* —0.03 +£9.36 0.81 £ 7.77* 0.98 +9.44
United States 69.20 + 8.55 1.62 £ 0.00 74.79 +£ 6.05 6.54 + 6.84* 9.45 +£9.88 9.94 + 7.75* 14.37 +£11.20
Mozambique 68.76 + 8.78 1.51 £ 0.01 76.30 + 6.33 3.62 +£6.27* 5.26 £9.12 4.59 + 6.82* 6.68 &+ 9.91
Colombia 68.08 + 12.23 1.49 £ 0.09 77.79 £ 6.52 117 £8.78* 1.73 £12.89 —1.07 £+ 8.53* —1.67 £12.563
Vietnam 61.156 £ 6.74 1.35 £ 0.01 7914 +£6.72 —1.68 + 5.20* —2.568 +8.51 —0.283 £ 5.61* —0.37 £9.17
Venezuela 61.10 £7.26 1.35 £+ 0.01 80.48 + 6.93 2.50 +5.44* 410 £8.91 0.28 + 5.87* 0.45 + 9.61
Solomon Is. 55.98 + 5.74 1.283 £0.02 81.72+7.16 2.87 £4.78" 513 £8.55 3.54 + 5.01* 6.32 + 8.95

Negative values imply losses in carbon, * denotes gains, losses or no change may be predicted.
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Country Current total soil % Of global total Global SSP245 SSP585

sequestration cumulative%
TgCyr ) Potential change % Of total Potential change % Of total
in soil country change in soil country change
sequestration sequestration
(TgCyr ) (TgCyr ")

Indonesia 4.34 £0.19 23.72 £ 0.09 23.72 £ 0.09 —0.08 £+ 0.14* —1.95 +3.29 —0.37 £ 0.14 —8.65 +3.26
Australia 1.43 £0.08 7.80 + 0.04 31.51+£0.15 0.03 £+ 0.06* 229 +£4.06 0.05 £ 0.06* 3.44+4.18
Philippines 1.20 £ 0.06 6.56 + 0.01 38.06 + 0.23 —0.08 £ 0.04* —6.53 £3.35 —0.09 £ 0.04 —7.55 +3.38
Brazil 1.08 £0.05 5.62 +0.00 43.69 + 0.30 0.02 £ 0.04* 1.53 +8.71 —0.08 +£ 0.04 —8.06 + 3.57
Myanmar 0.94 +0.05 5.14 + 0.05 48.83 +0.32 —0.13 £ 0.04 —13.52 £ 4.12 —0.17 £ 0.04 —17.96 £ 4.13
Malaysia 0.80 £ 0.04 4.36 £ 0.01 53.19 + 0.34 —0.14 £ 0.03 —1712 £3.15 —0.17 £ 0.02 —21.43+£3.13
Mexico 0.68 £ 0.04 3.71 £0.02 56.89 + 0.35 —0.08 £ 0.03 —11.74 £ 3.81 —0.09 + 0.03 —12.78 £ 4.15
Papua New Guinea 0.62 £ 0.038 3.38 £0.00 60.27 £ 0.35 0.06 £ 0.02 10.36 £ 3.60 0.06 £ 0.02 8.98 + 3.67
Colombia 0.43 £0.02 2.33+0.03 62.59 + 0.37 0.01 £ 0.01* 2.39 +2.61 —0.01 £0.01* —1.26 +2.63
Nigeria 0.42 +0.02 2.30 &+ 0.01 64.90 + 0.38 —0.04 £+ 0.02 —9.28 + 3.57 —0.08 £+ 0.01 —19.14 £ 3.46
Cuba 0.41 +£0.02 2.24 +0.01 67.14 + 0.40 0.07 &+ 0.01 17.82 £ 3.59 0.05 +0.02 11.88 £3.92
India 0.36 £ 0.02 1.99 £ 0.02 69.13 + 0.40 —0.02 £+ 0.02* —5.29 +4.47 0.00 £ 0.02* —0.02 + 4.65
Thailand 0.36 &+ 0.02 1.96 + 0.00 7110+ 0.41 —0.01 £ 0.01 —1.63 +3.42 —0.02 &+ 0.01 —6.67 + 3.47
Guinea-Bissau 0.32 +£0.02 1.75 £ 0.01 72.84 + 0.41 0.09 &+ 0.02 27.51+£5.20 0.08 &+ 0.02 24.73 £5.09
Madagascar 0.28 £ 0.01 1.56 £ 0.01 74.40 £ 0.41 0.00 £ 0.01* —0.72 £4.33 —0.03 &+ 0.01 —10.99 +£4.33
Guinea 0.28 &+ 0.02 1.562 £0.02 75.92 £ 0.43 0.00 £ 0.01* 1.66 + 3.44 0.01 £0.01* 2.65+3.80
Mozambique 0.25 £+ 0.01 1.35 £ 0.01 77.27 £0.44 —0.03 £+ 0.01 —10.24 £3.33 —0.01 £0.01* —5.73 £ 3.84
United States 0.24 £+ 0.01 1.34 £ 0.01 78.61 +£0.44 0.01 £ 0.01* 3.57 £4.13 —0.01 £0.01* —2.98 +4.14
Sierra Leone 0.24 £+ 0.01 1.29 £0.02 79.89 + 0.46 —0.01 £ 0.01* —2.71 £3.20 0.01 £ 0.01* 2.93 + 3.66
Panama 0.23 &+ 0.01 1.27 £0.00 81.17 £ 0.47 —0.05 £ 0.01 —20.93 £2.83 —0.06 £ 0.01 —25.77 £2.92

Negative values imply declines in sequestration rates, * denotes gains, losses or no change may be predicted.
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