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The purpose of this study was to evaluate if vegetation regulates soil biogeochemistry in coastal salt marshes, here measured as element concentrations (43 elements) and organic matter content of the soils. We selected seven sampling sites in Liao River Delta, China, within each of which three areas existed in close proximity of each other, characterized as ‘bare, unvegetated sediments’, ‘Phragmites australis marsh’, and ‘Suaeda heteroptera marsh’. We recorded sampling locations and measured soil element concentrations, organic matter content, soil pH, soil salinity, soil water content, and soil electrical conductivity. All but four of element concentrations of soils varied by wetland type, and concentrations of 35 elements, and organic matter content increased from bare, unvegetated sites to Phragmites marshes to Suaeda marshes. Redundancy analysis (RDA) identified that organic matter content explained most variance. Organic matter content was positively related with most elements including nutrients and metals, negatively related with Sr, Ba and Na. However, further analysis of element concentrations revealed significant differences also between Phragmites-dominated and Suaeda-dominated sites, even though they did not differ significantly in organic matter content. This information highlights the importance of vegetation in regulating soil element composition and biogeochemical processes in coastal salt marshes.
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Introduction

Coastal salt marshes can cover large areas between marine and terrestrial environments and offer important ecological and societal benefits (Webb et al., 2013). Salt marshes provide refuge and nursery grounds for marine organisms, act as buffers against storms, sequester carbon, filter sediments from water flowing through them, as well as plant nutrients and metals, thereby decreasing their inputs into more fragile ecosystems such as coral reefs and seagrass beds (Valiela and Cole, 2002; McKee et al., 2020). Salt marshes are usually vegetated by halophytes which can tolerate periodic flooding and a wide range of salinities. Halophytes make direct contribution to soil formation by organic matter input (Graham and Mendelssohn, 2014; Wang et al., 2017). Plant growth and root development regulate carbon accumulation, metal mobility, and nutrient accumulation (Loomis and Craft, 2010; Yu et al., 2016). Together with soil burial, sorption, and organic matter accumulation this leads to coastal wetlands being important sinks for nutrients and metals (Elsey-Quirk et al., 2019). Gradients in oxidation and pH in the rhizosphere of plants may change concentrations of nutrients, metals and organic matter, and mobilize or immobilize elements (Jacob and Otte, 2003; Jacob et al., 2011; Kissoon et al., 2011).

Element composition of soils is a good indicator of soil biogeochemical process (Werkmeister et al., 2018; Zhu et al., 2019). Soil element composition is mainly affected by soil pedogenesis, sediment inputs, climate characteristics, and human activities. Former studies in soil elements mainly focused on a particular process with few elements, e.g., bioaccumulation and phytoremediation of metals and nutrient over-enrichment (Sun et al., 2015). However, little was known about the soil element composition in salt marshes and about the environmental conditions that affect its variation. Such knowledge is very important for the understanding of the chemical environment and biogeochemical processes in wetlands, and affects how we protect and manage coastal salt marshes (Otte et al., 1993; Mitsch and Gosselink, 2015).

Liao River Delta has the world’s largest coastal reed marsh (Wang et al., 2016). Salt marsh vegetated by Suaeda heteroptera is another main vegetation type (Tian et al., 2017). Former studies concluded that vegetation influenced sedimentation on wetland surface and showed a positive feedback on soil accretion in Liao River Delta (Wang et al., 2017). Wetland plants can absorb nutrients and metals and release them as they die (Sun et al., 2015). Yet little is known about the general patterns of soil element composition and roles of the vegetation in regulating soil element composition in coastal salt marshes. This paper reports extensive data on concentrations of 43 soil elements in coastal salt marshes of the Liao River Delta, assesses the effects of vegetation on soil element composition and biogeochemistry. We hypothesized (1) that soil element composition and environmental factors would differ significantly between bare, unvegetated sediments, Phragmites australis marsh and Suaeda heteroptera marsh and (2) that organic matter content would strongly correlate with concentrations of most elements in soils, as observed in inland freshwater wetlands in our previous studies (Wang et al., 2019; Zhu et al., 2021).



Materials and Methods


Study Area

The study area is located in Liao River Delta, northeastern China (121°10′-122°30′E, 40°30′-41°30′N), where sediments are deposited by Liao River. The Liao River Delta is adjacent to Bohai Sea with the wetland area of over 1200 km2. The stand of Phragmites australis in Liao River Delta covers over 800 km2 and is the world’s largest reed wetland (Brix et al., 2014; Wang et al., 2016). The famous Suaeda heteroptera salt marsh referred to as “red beach”, is another main vegetation type in the delta. The wetlands are very important breeding ground for migration waterfowls including the red-crowned crane (Ciconia boyciana) and the white-naped crane (Grus vipio). The wetlands are designated as the Liao Estuary National Natural Reserve since 1988 and became a Ramsar site with international importance in 2005 (Tian et al., 2017). Mean annual precipitation in the study area is 612 mm, and mean annual temperature is 8.3°C (Wang et al., 2017).



Sample Collection

Seven sites were selected along the Liao River on September 15-17, 2018 (Figure 1). These sites were all directly influenced by both the river and wave activity. At each site, we sampled three wetland types: bare, unvegetated sediments (‘bare’), Phragmites australis marsh (‘Phrag’) and Suaeda heteroptera marsh (‘Suaeda’) which were present next to each other at each site, within 200 m. We assumed that the original soils, sediment inputs, tidal fluctuation and regional climate of the three vegetation types within each site were more similar to each other than between sites, and the differences were due to changes in vegetation. Three replicate samples with 10 cm soil depth were collected in each vegetation site. Each sample was over 20 m apart from each other. Longitude and latitude were recorded GPS. Soil samples were stored in a cooler in 4°C.




Figure 1 | Site Locations of the three wetland types: bare, unvegetated sediments (‘bare’), Phragmites australis marsh (‘Phrag’) and Suaeda heteroptera marsh (‘Suaeda’) in Liao River Delta, China.





Sample Analysis

Samples were first dried to a constant weight at 60°C. Samples were then homogenized, and sieved with a mesh screen of 2-mm. We determined (1) soil element concentrations, (2) soil organic matter content, (3) soil salinity, (4) soil pH, (5) water content, and (6) electrical conductivity. Element concentrations were measured by ICP-MS analysis (NexION 350D, PerkinElmer, US). Total nitrogen was determined by Kjeldahl method using a SKALAR SAN++ continuous flow analysis (Skalar, Netherlands). Organic matter content was measured by dichromate oxidation and titration with ferrous ammonium sulfate. Soil salinity, electrical conductivity and pH were measured with a water-soil ratio of 5:1 by using a glass electrode. Soil water content was measured as a ratio of water weight to the weight of dried soil.



Data Analysis

The number of elements in this study were determined by which elements can be detected by the ICP-MS equipment. Mean values of concentration of 43 elements and five environmental factors (soil organic matter content, salinity, pH, water content, electrical conductivity) were calculated for bare, Phrag, and Suaeda. One-way ANOVA and a subsequent Tukey’s test were used to analyse the concentrations of 43 soil elements and the five environmental factors between wetland types. Significance was set at a level of 0.05. Data were log-transformed to meet normality and homogeneity assumptions of ANOVA. Spearman correlation analysis was performed to study the relationships of soil element concentration with organic matter content. The analysis was carried out in SPSS 17.0. Redundancy analysis (RDA) was conducted to study the relationship between element concentrations (43 elements) and five environmental variables (organic matter content, salinity, pH, water content, and electrical conductivity) using CANOCO 5.0. Environmental factors in the final model were selected by the forward selection procedures with 499 permutations. Non-metric multidimensional scaling (NMDS) in CANOCO 5.0 was performed to study the similarities of element composition among the three wetland types (bare, Phrag, and Suaeda).




Results


Variation in Environmental Variables Between Vegetation Types

The values of environmental variables and element concentrations are presented in Table 1. Soil organic matter content (OM) in the Phragmites marshes and Suaeda marshes was significantly higher than in bare, unvegetated sites. The electrical conductivity (EC) and soil salinity (SS) in the Suaeda marshes was significantly higher than the Phragmites marshes and bare, unvegetated sites. The soil pH in the bare, unvegetated sites was significantly higher than the Suaeda marshes, while the soil water content (WC) in the bare, unvegetated sites was significantly lower than the Suaeda marshes. Even though the values for EC, pH and SS differed significantly, the ranges in values were very small.


Table 1 | Mean ± standard error of organic matter content (OM), electrical conductivity (EC), pH, soil salinity (SS), soil water content (WC) and concentrations of elements in bare (B), Phrag (P) and Suaeda (S), and results of one-way ANOVA of variance and Turkey’s test (n=3).





Variation in Element Concentrations of Soils Between Vegetation Types

In total, 43 elements had detectable concentrations in the soils (Table 1). Concentrations of Hg, K, S, and Se did not significantly differ between types of vegetation. The concentrations of 15 soil elements increased from bare, unvegetated sites to Phragmites marshes to Suaeda marshes. The concentrations of 14 soil elements in the Suaeda marshes were higher than the bare, unvegetated sites and Phragmites marshes. The concentrations of 6 soil elements in the Suaeda marshes and Phragmites marshes were higher than the bare, unvegetated sites. The concentration of Ba decreased from bare, unvegetated sites to Phragmites to Suaeda marshes. The concentrations of Na and Sr in the bare, unvegetated sites were higher than the Phragmites and Suaeda marshes. The concentration of Ca was lower in Phragmites marshes than the bare, unvegetated sites and Suaeda marshes.



Relationships of Soil Element Concentration With Environmental Factors

Redundancy analysis (RDA) showed that organic matter content explained most variation in soil element concentrations (42.7%), followed by soil electrical conductivity (7.5%), pH (3.0%), and soil salinity (2.7%) (Figure 2; Table 2).




Figure 2 | Ordination graph of redundancy analysis of element concentrations affected by environmental factors. OM, soil organic matter content; pH; EC, electrical conductivity; and SS, soil salinity.




Table 2 | Results of redundancy analysis (RDA) of element concentrations constrained by environmental variables, OM, soil organic matter; SS, soil salinity; pH and EC, electrical conductivity; determined by interactive forward selection procedure with unrestricted permutation tests, combining all sites (21) and all replications (3 for each site), therefore n=63.



Organic matter content was positively related with most of the elements (37 elements) including the macro-elements Ca, S, N, P, Mg and most metals (Figure 2; Table 3). Organic matter content was negatively related with Ba, Sr and Na. Two examples were shown for N and Ba (Figure 3).


Table 3 | Spearman correlation coefficients between organic matter content and element concentrations in all sites.






Figure 3 | Positive (N) and negative (Ba) correlations between elements and soil organic matter.





Similarity of Element Compositions Among Wetland Types

The distribution of elements in soils was studied with NMDS analysis (Figure 4). Almost all the bare, unvegetated sites were distributed in the right quadrant, whereas almost all the Suaeda marsh sites were distributed in the left quadrant (Figure 4). The Phragmites marsh sites were distributed across the entire NMDS ordination graph (Figure 4).




Figure 4 | Ordination graph of non-metric multidimensional scaling analysis using the Bray-Curtis coefficient of dissimilarity, based on mean values of element concentrations in soils. Wetland types of bare, Phrag, and Suaeda are represented by white, black and red circles, respectively.






Discussion


Element Concentrations and Soil Organic Matter

Organic matter content is found to be the most important factor influencing element mobility and concentrations in freshwater wetlands (Salomons and Förstner, 1984; Kissoon et al., 2015; Yuan et al., 2019; Wang et al., 2020). In our study, organic matter content correlated positively with concentrations of most elements including the nutrients of N, P and S (Figure 2; Table 3), which is consistent with other studies in salt marshes (Jokic et al., 2003; Sun et al., 2013; Yu et al., 2014; Qu et al., 2018) and mangroves (Chen and Twilley, 1999; McKee et al., 2007). In addition, similar with our study, sediments in Suaeda salt marshes often show higher concentrations of metal elements (e.g., Pb, Cu, Cr, Zn, Mg, Ni, Ca, Al, V, Ca, and Ni) due to the enrichment of soil organic matter content and Fe-Mn oxides (Williams et al., 1994; Graham and Mendelssohn, 2014). Coastal wetlands had large amounts of Al and Fe, the oxides and phosphates bind to several elements (Salomons and Förstner, 1984; Sun et al., 2015). On the contrary, elements that bind with soil organic matter content in a weak affinity usually are in soils which contain much inorganic particles (Beesley et al., 2010). Concentrations of such elements in soils decreased with the increase of organic matter content (Wang et al., 2019). This explains the negative relationships between organic matter content and alkali metals Na, Ba and Sr (Figure 2).

Even though OM is recognized as the most important factor influencing element concentrations in wetlands, there are striking differences between studies in coastal and inland wetlands, which is that in the coastal systems most metals correlate positively with OM (e.g. Otte et al., 1993; Wang et al., 2022), whereas in the inland systems it is a negative relationship (e.g. Yellick et al., 2016; Zhu et al., 2021). This can be understood if we consider the origin of the metals in those different systems. As Salomons and Förstner (1984) already described in detail, metals in estuaries originate from precipitation with sediments and organic matter. As a result, metal concentrations, OM and fraction of small sedimentary particles strongly correlate (Otte et al., 1993). However, metals in inland wetlands do not originate from sedimentation processes, but are derived from erosion of inorganic materials, in which the metals are occluded (Salomons and Förstner, 1984; Gao et al., 2018). In that case, as OM increases, the proportion of inorganic matter per volume of soil decreases, as do the concentrations of metals associated with that inorganic fraction (Werkmeister et al., 2018; Zhu et al., 2021).



Element Concentrations, pH, EC and SS

Although pH, EC and SS were identified as statistically significant factors in explaining variation in element concentrations, those relationships likely have no real relevance in explaining spatial variation of elements. This is because although there are numerical differences, the ranges in values are very small. This is evident if the correlation between Na, EC and SS is more closely examined. Na is usually an important element in determining salinity, and usually concentrations of Na increase with increasing salinity and electrical conductivity. That is particularly evident if such gradients are observed along the entire length of estuaries, from freshwater to full seawater salinity (Salomons and Förstner, 1984; Du Laing et al., 2009; Cloern et al., 2017). However, in this study, even though the geographic range of the sampling sites was about 10 km, values for pH, EC and SS varied very little. As a result, Na in our study correlated slightly negatively with salinity, which was an artefact of the narrow range of values. Therefore, although pH, EC and SS varied significantly between vegetation sites and were identified as significant environmental variables, the effects of those environmental variables on metals distributions were insignificant compared to the effects of OM, which varied strongly between types of vegetation.



The Role of Vegetation in Regulating Element Composition

Our study found relatively high organic matter and high concentrations of most elements in Suaeda salt marshes, similar with other studies in coastal salt marshes (Otte et al., 1993; Yu et al., 2011), most likely due to biological processes (Schmidt et al., 2011). Without vegetation (bare, unvegetated sites) we observed 0.88% organic matter, but this was 1.11-1.12% in the Phragmites and Suaeda marshes. Wetland plants make direct contribution to soil formation by organic matter input (Baustian et al., 2012), which, as discussed above, affects element distributions. Wetland plants can absorb nutrients and metals and release them as they die (Baldantoni et al., 2004). Plant growth, root development and microbial processes regulate carbon accumulation, metal mobility, and nutrient accumulation (Jacob and Otte, 2003; Pennings et al., 2005; Loomis and Craft, 2010; Yu et al., 2016).

So, plants produce OM, which explains the higher levels of OM compared to bare, unvegetated sites, but this has been known for a very long time. The more important outcome of this work, however, is that where no statistically significant differences were found in OM between Phragmites and Suaeda sites, many elements showed statistically different concentrations between sites dominated by Phragmites compared to Suaeda, namely: Ca, Co, Cr, Dy, Er, Eu, Gd, Ho, Mg, Mn, Ni, Pr, Tb, V, and Zn. This shows the power of multi-element analysis. It highlights that it is the plants that are the most important determinant of element distribution in estuarine sediments, through their production of organic matter, but also through the different ways in which different plant species interact with their immediate environment.




Conclusions

This study evaluated the concentrations of 43 elements in soils between three vegetation types in coastal salt marshes. We confirmed that differences between plant species, and the very presence of plants are the most important factors regulating element concentrations. Salt marsh vegetation enhanced soil organic matter accumulation, in turn increasing the concentrations of most elements including metals and nutrients, but different plant species do so differently. This information highlights the importance of vegetation in regulating soil element composition and biogeochemical processes in coastal salt marshes. Understanding these processes is critical for assessment of effects of sea level rise and anthropogenic activities on coastal ecosystems and their biogeochemistry and sustainable management of coastal wetlands.
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Coastal wetlands of the Yellow Sea and Bohai Sea, China, along the East Asian–Australasian Flyway (EAAF) migratory route provide important stopover sites for waterbirds. Natural wetland loss caused by external stress has posed serious threats to the population of waterbirds. Elucidating the extent to which species depend on natural wetland and providing conservation and management recommendations for species are important steps toward relieving such population declines. We created a natural landscape (NL) index along the coastal wetlands of the Yellow and Bohai Seas, China, using the inverse distance-weighted nearest-neighbor approach. Then, we used a bootstrapping procedure to combine the NL index with 11,485 occurrence records for 80 waterbird species attributed to four functional groups (shorebirds, ducks, herons, and gulls) to quantify species’ dependence on coastal natural wetlands. Twenty-seven out of the 80 species selected (16 shorebird, 3 duck, 4 heron, and 4 gull species) significantly depended on natural wetlands. The shorebirds [standardized effect size (SES) = 4.37] and herons (SES = 2.56) were more dependent on natural wetlands than the ducks (SES = −0.02) and gulls (SES = −3.22). The threatened species (those classified as critically endangered, endangered, vulnerable, or near threatened) showed significantly higher dependence on natural wetlands than the non-threatened species (t = 2.613, df = 78, p < 0.05). Of the 27 species showing significant dependence on natural wetlands, only nine species were listed as national protected species. Threatened species that highly depend on natural wetlands need more attention as these species could face greater risk due to natural wetland loss.
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1 Introduction

Increasing anthropogenic land conversion and climate change threaten species and their habitats (Harte et al., 2004; Newbold et al., 2015). However, how habitat change affects species depends on the species’ habits and their habitat preferences (Wang et al., 2015; Keinath et al., 2016). For example, species that prefer to forage in artificial habitats will be less affected by natural landscape loss than those that forage in natural habitats (Jackson et al., 2020) because they can use artificial habitats converted from natural landscapes to adapt to external disturbance (Lei et al., 2018; Jackson et al., 2019). Therefore, the variation of species’ dependence on natural landscapes could cause different responses to habitat change. Identifying the extent to which species are distributed among natural or human-dominated landscapes can provide information on which species are at greatest risk of habitat loss from land use change (Broms et al., 2014). However, the lack of long-term systematic monitoring data on species abundance limited its understanding (Meretsky et al., 2012).

Citizen science data are collected by atlases, survey reports, and websites (Ma et al., 2012; Hu et al., 2017). These data have long been used to infer the relationship between species distribution and habitat environments to identify priority conservation areas (Long et al., 2019; Huang et al., 2020; Guo et al., 2021). In addition, ecological models combined with citizen science data have also been heavily used to reveal the response of species distribution to climate change and land use change (Hu et al., 2017; Hu et al., 2020). However, how citizen science data are used to reveal the selection preference between natural habitats and artificial wetlands is unclear.

The migratory routes of waterbirds cover thousands of kilometers between breeding and non-breeding sites, and increasing disturbance by human activity at stopover sites interrupts their journeys (Melville et al., 2016; Studds et al., 2017). Decreased habitat quantity and quality at these stopover sites caused by external disturbances pose threats to the populations of waterbirds (Duan et al., 2019; Ma et al., 2019). Migratory waterbirds greatly depend on natural wetlands, but some species are able to use degraded artificial wetlands as alternative habitats (Lei et al., 2018; Jackson et al., 2019). Therefore, species have different dependencies of natural wetlands, and the response of animals to habitat change greatly relies on their dependence on natural wetlands (Xu et al., 2019).

The coastal wetlands of the Yellow Sea and Bohai Sea in China are important stopover sites for migratory waterbirds along the East Asian–Australasian Flyway (EAAF) migratory route (Bai et al., 2015). Since 1960, coastal zones have lost large areas of natural landscapes because of rapid urban development, such as overuse of natural resources and land reclamation (Murray et al., 2018). These activities have led to a dramatic decrease in waterbird populations in the area (Hua et al., 2015). Previous studies mainly explored the natural wetland change caused by disturbance activities using geographic information system (GIS) and remote sensing (RS) (Murray et al., 2014; Li et al., 2021) and how wetland change affected habitat distributions (Duan et al., 2019). A few studies have checked how waterbirds use habitat. Previous results indicated that threatened shorebird species have low occurrence frequency and larger-bodied species have low feeding frequency at artificial sites converted from coastal wetlands (Jackson et al., 2020); therefore, there is differing dependence of species on coastal wetlands. Species that significantly depend on coastal wetlands have experienced a rapid population decline since coastal wetland conversion (Studds et al., 2017). Therefore, it is necessary to clarify species’ dependence on coastal wetlands and provide target species conservation.

We created a natural landscape (NL) index to calculate the degree of naturalization of the specific raster cell. Then, using a bootstrapping procedure, we combined the NL index with citizen science data to quantify the dependence of migratory waterbirds on the coastal natural landscapes of the Yellow and Bohai Seas, China. The higher a species’ dependence on the natural landscape, the greater the risk to its population from habitat change. The aim of our study was to provide information that can facilitate the development of target species conservation to restrict further population decline of migratory waterbirds in the EAAF.



2 Data and Methods


2.1 Study Area

The Yellow and Bohai Seas in China are spread across the provinces and municipalities of Liaoning, Hebei, Tianjin, Shandong, and Jiangsu in Mainland China (Figure 1). The coastal wetlands within this range mainly consist of natural wetland tidal flats, bottomland, estuarine delta, and estuarine water. Artificial wetlands converted from coastal wetlands mainly include salt pan, aquaculture, and paddy fields. These wetlands provide important foraging and resting sites for migratory waterbirds, and the populations of some species along these areas exceed 1% of the global or flyway populations (Bai et al., 2015). The area and function of the coastal wetlands in this region experienced serious loss and degradation between 2000 and 2015 (Duan et al., 2019), which led to rapid population declines.




Figure 1 | Study area in the Yellow Sea and Bohai Sea, China.





2.2 Citizen Science Data

We collected species occurrence records from multiple sources of citizen science data, including publicly accessible websites: eBird (https://ebird.org/home), Global Biodiversity Information Facility (GBIF; https://www.gbif.org/), BirdReport (http://www.birdreport.cn/), and the China Coastal Waterbird Census Group (https://cms.hkbws.org.hk/cms/resource-tw/publish-tw/regional-publicationtw/category/37-ccwc_report). Each record included the species name, survey site (including the longitude and latitude), place name, survey date, and data source.

Using citizen science data can be problematic because of inconsistencies in the site names, and boundaries can exist (Robinson et al., 2017). For this reason, we used Google Maps 6.5 (https://www.google.com/maps) to verify the coordinates of the survey sites that significantly deviated from a place name (Hu et al., 2017), with the central point of a named area taken to represent the geographical coordinates. To estimate the likelihood of errors, we input data for 30% of the survey sites into Google Earth 6.0, and the accuracy exceeded 90%.

For each species, duplicate records with the same longitudes and latitudes were removed. The model (bootstrapping procedure) also required the exclusion of species with less than 20 occurrence records. These procedures reduced our dataset to 11,485 records for 80 species from four functional groups (44 shorebird, 17 duck, 9 heron, and 10 gull species) (Supplementary Table S1).



2.3 Data Analysis


2.3.1 Natural Landscape Index

To analyze species’ dependence on coastal natural landscapes, an NL index was first created. We used the land cover data along the Yellow and Bohai Seas, China, to develop the NL index. This dataset was obtained from the Yantai Institute of Coastal Zone Research, Chinese Academy of Sciences, with resolution of 100 × 100 m. Land types were divided into 15 classes: paddy, dryland, forest, grassland, construction land, canal, lake, reservoir, bottomland, tidal flat, salt pan, aquaculture, unused, estuarine water, and estuarine delta.

Firstly, for each raster cell, we defined canal, lake, bottomland, tidal flat, estuarine water, and estuarine delta as coastal natural landscapes and assigned a cell value of 1; paddy, dryland, reservoir, salt pan, and aquaculture were classified as coastal artificial landscapes and assigned a cell value of 0.5. Construction land was classified as a completely degraded landscape, with a cell value of 0 (Theobald, 2010).

Secondly, we applied an inverse distance-weighted nearest-neighbor approach to quantify the degree of naturalization in a specific cell location (Equation 1). The value was between 0 and 1; the closer the value to 1, the higher the degree of naturalization of the raster cell.



Ij represents the degree of naturalization at a specific cell location at raster scale j. Pc is the cell value at the central location and Pi is the cell value at the neighboring cells. In our study, j = 1 represents a raster scale of 0.3 km, which indicated that the cell at the central location was encompassed by 81 adjacent cells (n = 81). The remaining raster scales were set to 0.9, 2.7, 8.1, and 20.0 km (Theobald, 2010).

Finally, we calculated the mean Ij of the five distance scales as the NL index (Equation 2). If the central cell and the neighboring cells were all natural landscapes, the central cell was given an NL value of 1. If the central cell and the neighboring cells were all completely degraded landscapes, the central cell was given an NL value of 0.

 

NL is the natural landscape index of each raster and k is the raster scale.



2.3.2 Dependence of Waterbirds on Natural Wetlands

We combined the waterbird survey data and the NL index and used the bootstrapping procedure in Matlab R2014a to quantify species’ dependence on coastal natural wetlands. This bootstrapping procedure can reduce the sampling error in the citizen science data by comparing the mean NL values of the areas occupied by target species with randomly selected background records in a buffer area to the occurrence records of the target species.

For each target species, we: 1) used spatial analysis in ArcGIS 10.5 to extract the corresponding NL index for each occurrence record; 2) selected the coordinate locations of the above occurrences as the centers of the circles, with each circle having a 10-km radius to create buffers (this buffer range can include most occurrence records of other species); and 3) selected all species in the same functional group within the buffer area and extracted all NL values of the corresponding occurrence records for these species. The sampling frequency was 1,000 times, and the sample size was the same as the number of occurrence records of the target species.

As a last step, for each sample selected, we calculated the average NL index and acquired 1,000 averages. We ranked the 1,000 averages from lowest to highest and compared the real average NL index of the target species with the 1,000 averages. If the real mean NL value was less than the 25th mean value of the 1,000 averages, then the species was considered significantly dependent on coastal artificial wetlands. However, if the real mean NL value was more than the 975th mean, then the species was considered significantly dependent on coastal natural wetlands. Otherwise, there was no significant dependence.

The flowchart of the calculation method for the bootstrapping procedure can be found in Figure 2.




Figure 2 | Flowchart demonstrating the calculation method for the bootstrapping procedure.



We calculated the standardized effect size (SES) to quantify the extent how the average NL value of a target species lies above or below the average NL value of the 1,000 samples (Cooke et al., 2019). The higher the SES, the higher the species’ dependence on natural wetlands (Equation 3).

 

  , ,   and are the average NL index of the target species, the average NL index, and the standard deviation of the 1,000 samples, respectively.

Similar to the calculation process at the species level, we compared the degree of species’ dependence on coastal natural wetlands in different functional groups. For example, for the functional group of shorebirds, we: 1) calculated the average NL index of all the occurrence records of 44 shorebird species to represent the NL index for the shorebird group; 2) selected the coordinate locations of the above occurrence records as the centers of the circles, with each circle having a 10-km radius to create buffers; and 3) selected all species with four functional groups within the buffer area and extracted all NL values of the corresponding occurrence records for these species. Repeating this 1,000 times and the sample size was the same as the occurrence records of 44 shorebird species. The subsequent SES calculation follows Equation 3.



2.3.3 Variation in Species’ Dependence on Coastal Natural Wetlands

To examine the differences in species’ dependence on natural wetlands, we conducted a correlation analysis.



2.3.4 Threatened Status

Threatened species are vulnerable to coastal wetland loss (Clemens et al., 2016; Piersma et al., 2016), which suggests that these species have a low probability of using converted habitats. We hypothesized that threatened species have high dependence on coastal natural wetlands. Threatened status was determined using the IUCN Red List (https://www.iucnredlist.org/; IUCN, 2020). The species identified as critically endangered, endangered, vulnerable, or near threatened, were considered as threatened species, and those species identified as of least concern was considered as non-threatened species (Jackson et al., 2020).



2.3.5 Dispersal Ability

Species with high dispersal ability could better adapt to coastal wetland conversion (Newbold et al., 2015); therefore, these species would have low dependence on natural wetlands. We used their mean wing length (in millimeters) divided by the cube root of their mean mass (in grams) to represent the dispersal ability of the species. The mean wing length of a species can be acquired using the Encyclopedia of Birds in China (Zhao, 2001), whereas the mean mass can be obtained from the Handbook of the Birds of the World (Del Hoyo et al., 1996).



2.3.6 Mean Body Mass

Larger species have low forage frequency in coastal wetlands than smaller species (Jackson et al., 2020). Consequently, we predicted that a relationship could exist between body mass and the species’ dependence on natural wetlands.

Details of the threatened status, dispersal ability, and mean body mass of the target species can be found in Supplementary Table S1. All analyses were conducted using non-parametric tests in SPSS 22.0. Before analysis, for all dispersal ability variables and mean body mass, we used the value of each species divided by the maximum value within the same functional group to exclude differences between groups.



2.3.7 Conservation Status Assessment

Species with significant dependence on coastal natural wetlands in this study were defined as priority conservation targets. Data on the conservation status of these species were retrieved according to the National Protected Species (NPS) List of Key Protected Wildlife of the Wildlife Protection Law of China (Ministry of Forestry in the People’s Republic of China, 2021), including NPS classes I and II. Species in NPS class I or II were assigned as protected and others as not protected (Hu et al., 2017). We recommended which species need to be protected firstly based on the difference in species’ dependence on coastal natural landscapes.





3 Results


3.1 Species’ Dependence on Coastal Natural Landscapes

Of the 80 species, 27 showed significant dependence on coastal natural wetlands, 3 species with significant dependence on coastal artificial wetlands, and 50 species with no significant dependence (Table 1). For shorebirds, 16 species showed significant dependence on coastal natural wetlands [including the spoon-billed sandpiper (Calidris pygmaea), great knot (Calidris tenuirostris), and Nordmann’s greenshank (Tringa guttifer), among others], 1 species showed significant dependence on coastal artificial wetlands, and 27 species had no significant dependence. For ducks, 3 species showed significant dependence on coastal natural wetlands [including Gadwall (Anas strepera), Eurasian teal (Anas crecca), and the common pochard (Aythya ferina)], 1 species with significant dependence on coastal artificial wetlands, and 13 species had no significant dependence. For herons, 4 species showed significant dependence on coastal natural wetlands [cattle egret (Bubulcus ibis), Eurasian spoonbill (Platalea leucorodia), black-faced spoonbill (Platalea minor), and the Chinese egret (Egretta eulophotes)], and 5 species had no significant dependence. For gulls, 4 species showed significant dependence on coastal natural wetlands [little tern (Sterna albifrons), black-tailed gull (Larus crassirostris), Saunders’s gull (Larus saundersi), and relict gull (Larus relictus)], 1 species with significant dependence on coastal artificial wetland, and 5 species had no significant dependence.


Table 1 | Dependence of waterbird species on coastal natural wetlands, standardized effect size (SES), and their conservation status.



The functional groups of shorebirds (SES = 4.37) and herons (SES = 2.56) had higher SES values than the functional groups of ducks (SES = −0.02) and gulls (SES = −3.22). These results revealed that these shorebirds and herons are more dependent on coastal natural landscapes than the ducks and gulls (Figure 3).




Figure 3 | Dependence of waterbird species on coastal natural wetlands and the standardized effect size (SES) of the four functional groups.





3.2 Correlation Between Species’ Dependence on Coastal Natural Wetlands and Variables (Threatened Status, Mean Body Mass, and Dispersal Ability)

The variable that explained species’ dependence on coastal natural wetlands was significant for threatened status (N = 80, r = 0.284*, p < 0.05). Threatened species were significantly dependent on coastal natural wetlands than were non-threatened species (t = 2.613, df = 78, p < 0.05) (Figure 4). The mean body mass and dispersal ability variables were not associated with species’ dependence on coastal natural wetlands (N = 80, r = 0.037, p > 0.05; N = 80, r = 0.004, p > 0.05).




Figure 4 | Correlation between standardized effect size (SES) and variables (threatened species, mean body mass, and dispersal ability) (left) and the SES between threatened species and non-threatened species (right). Black circles represent mean values, horizontal bars within boxes represent median values, the upper and lower limits of boxes represent the maxima and minima, respectively, and whiskers represent 1% and 99%. *means significant at the 0.05 level.





3.3 Conservation Status Analysis

Of the 27 species that showed significant dependence on coastal natural wetlands, only 9 were listed as classes I and II according to the NPS List of Key Protected Wildlife of the Wildlife Protection Law of China (Supplementary Table S1 and Table 1). For some unprotected threatened species, such as the common pochard (A. ferina, vulnerable), bar-tailed godwit (Limosa lapponica, near threatened), red knot (Calidris canutus, near threatened), curlew sandpiper (Calidris ferruginea, near threatened), Eurasian oystercatcher (Haematopus ostralegus, near threatened), with significant dependence on natural wetlands, we recommend to firstly list as NPS class I or II.




4 Discussion


4.1 Dependence on Coastal Natural Wetlands

Our results revealed that 33.75% of the species we selected were significantly associated with natural wetlands, which indicated that these species were more susceptible to natural wetland loss. These results are consistent with those of Studds et al. (2017), who found that the populations of seven shorebird species that are highly dependent on natural wetlands in the Yellow Sea ecoregion underwent a rapid decline. For example, the populations of great knot (C. tenuirostris), a global endangered species, and red knot (C. canutus), a global near threatened species with high sensitivity to natural landscapes, declined by up to 5% and 4%, respectively, between 1993 and 2012 because of the rapid loss of tidal flats. It is necessary to conserve these species and to prevent further population decline. We also found that shorebirds and herons had relatively higher dependence on coastal wetlands than ducks and gulls. It could be that most shorebirds and herons along the EAAF prefer to forage on invertebrate communities and rely on tidal flats (Jackson et al., 2020). Conversely, most ducks are generalists and occur inland; their wider ecological niche enables them to exploit more diverse habitats (Ma et al., 2010).



4.2 Correlation Between Species’ Dependence on Coastal Natural Wetlands and Threatened Status, Mean Body Mass, and Dispersal Ability

Threatened status was an important predictor of species’ dependence on natural wetlands. Previous studies have indicated that threatened shorebird species have a lower foraging frequency in artificial wetlands compared with non-threatened species (Jackson et al., 2020). This distinction may be an important reason for the threatened shorebirds having significantly higher dependence on natural wetlands than non-threatened species. In addition, threatened species have greater habitat requirements; therefore, they benefit from less habitat disturbance than the non-threatened species (Peng et al., 2017). The degree of naturalization for each raster cell we created accounted for the surrounding disturbance of non-natural wetlands and construction lands. This may explain why threatened species more strongly prefer natural wetlands than non-threatened species.

Several variables that were shown to be tightly associated with species’ response to habitat loss in other studies (Wang et al., 2015; Todd et al., 2017) were only poorly associated with species’ dependence on natural wetlands in our study. For example, species with lower dispersal ability could be vulnerable to habitat disturbance or have high dependence on natural wetlands. However, our results showed that dispersal ability had a weak positive relationship with species’ dependence on natural wetlands. This difference may have been due to our selection of all migratory species; therefore, dispersal ability does not significantly vary between them. We also found that the mean body mass had low explanatory ability for dependence variation between all species. A previous study indicated that larger shorebird species prefer to forage in coastal wetlands than smaller species (Jackson et al., 2020). However, our study included species from four functional groups, and the variation of the selected forage sites could have led to the lack of a strong correlation between the body size of species and habitat dependence. For example, ducks had lower dependence on coastal natural wetlands than shorebirds.



4.3 Data Limitations

Although we collected several occurrence records for migratory waterbirds in the coastal wetlands of the Yellow and Bohai Seas, China, from a wide range of sources, data limitations still warrant consideration. For example, unequal observation efforts due to the uneven distribution of birdwatchers across the survey region can affect the assessment results (Li et al., 2013; Ma et al., 2012). The continued collection of bird data to augment the survey sites for species along China’s coasts at an even greater scale is necessary and can lead to a better understanding of the species’ dependence on natural landscapes.



4.4 Conservation and Management Implications

Of the 27 species with significant dependence on coastal natural wetlands, more than half were not listed as national protected species according to the NPS list (Ministry of Forestry in the People’s Republic of China, 2021). Some priority conservation actions need to be taken, which are outlined as follows. Common conservation plans are prioritizing species and habitats (Game et al., 2012).

Five unprotected threatened species with significant dependence on coastal natural landscapes need to be listed as national protected species: The NPS list is updated every 5 years. Six of 80 species were updated as national protected species according to the Wildlife Protection Law of China in 2021. This action indicated that the national government pays attention to species conservation. We suggest five unprotected threatened species—the common pochard (A. ferina, vulnerable), bar-tailed godwit (L. lapponica, near threatened), red knot (C. canutus, near threatened), curlew sandpiper (C. ferruginea, near threatened), and Eurasian oystercatcher (H. ostralegus, near threatened)—that can be listed as national protected species when this list is updated in the future.

Take advantage of the opportunities of protected area system reform and nomination of the coasts of the Yellow Sea–Bohai Gulf of China as World Natural Heritage to further expand the coverage of protected areas and fill the gap in terms of the protection of key habitats: The General Office of the CPC Central Committee and the General Office of the State Council jointly issued the Guidelines for Establishing a Natural Protected Area System Focusing on National Parks in June 2019, proposing to build a unified management mechanism on natural protected areas based on different categories and levels and to develop a scheme on the spatial layout of national parks on a scientific basis. In July 2019, Migratory Bird Sanctuaries along the Coast of the Yellow Sea–Bohai Gulf of China (Phase I) was inscribed into the World Heritage List, while phase II of the project is expected to be inscribed into the World Heritage List at the 47th Session of UNESCO World Heritage Convention to be held in 2023. Some important coastal wetlands, including Nandagang, Luannan Coast, Xiehu Qilihai, Dachaoping Beidaihe, Shihenandao, and Changshan Island, should be created as new protected areas. This will make a significant contribution to the conservation of coastal wetlands and migratory waterbirds along EAAF.

Returning marine aquaculture ponds to mudflats and invasive species control to increase the area of estuarine wetlands: The coastal wetlands of the Yellow and Bohai Seas include important estuarine wetlands: Yalujiang Estuary, Liaohe Estuary, and Yellow River Delta. These estuarine wetlands provide important feeding habitats for migratory waterbirds (Jackson et al., 2020). Natural wetland loss is caused by the artificial wetland landscape aquaculture pond occupation in Yalujiang Estuary and Liaohe Estuary (Lei et al., 2017; Ma et al., 2019) and the invasion of the invasive species Spartina alterniflora in the Yellow River Delta (Jackson et al., 2021). Converting aquaculture ponds to mudflats and recovering mudflat wetlands and their ecological functions can be done with hydrology regulation, pollution control, and selection of salt-tolerant plants. Eliminating S. alterniflora and increasing natural wetland areas can be achieved by physical castration and chemical control (Lei et al., 2017). The above actions will increase the distribution range of waterbird species, especially for species with significant dependence on coastal natural landscapes.

Exploring the dependence of waterbirds on natural wetlands at the EAAF scale and providing site-based conservation recommendations in different regions. Waterbirds have diverse habitat uses between breeding areas, stopover sites, and non-breeding areas, and this will cause different preferences on natural landscapes in different regions. Exploring the dependence of waterbirds on natural wetlands at the EAAF scale is important in the future. It is better to provide site-based conservation recommendation in different regions according to the different dependences of waterbirds on natural wetlands.

Creating an EAAF migratory route protected network and building a platform for public participation: The populations of migratory waterbirds are dependent on what happens elsewhere as well, not only in China. Waterbird and habitat conservation needs the participation of more countries along the EAAF migratory route. Creating a protected network around the EAAF and including members from protected areas, wetland management organizations, research institutes, non-governmental organizations (NGOs), and the public to share protection experiences and carry out publicity and education to promote wetland conservation, for example, holding an international birding festival or an international forum of wetland and waterbird conservation to mobilize as many people as possible to participate in waterbird conservation.
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Owing to climate warming and human activities (irrigation and reservoirs), sea level rise and runoff reduction have been threatening the coastal ecosystem by increasing the soil salinity. However, short-term sparse in situ observations limit the study on the response of coastal soil salinity to external stressors and thus its effect on coastal ecosystem. In this study, based on hydrological connectivity metric and random forest algorithm (RF), we develop a coastal soil salinity inversion model with in situ observations and satellite-based datasets. Using Landsat images and ancillary as input variables, we produce a 30-m monthly grid dataset of surface soil salinity over the Yellow River Delta. Based on the cross-validation result with in situ observations, the proposed RF model performs higher accuracy and stability with determination coefficient of 0.89, root mean square error of 1.48 g·kg-1, and mean absolute error of 1.05 g·kg-1. The proposed RF model can gain the accuracy improvements of about 11–43% over previous models at different conditions. The spatial distribution and seasonal variabilities of soil salinity is sensitive to the changing signals of runoff, tide, and local precipitation. Combining spatiotemporal collaborative information with the hydrological connectivity metric, we found that the proposed RF model can accurately estimate surface soil salinity, especially in natural reserved regions. The modeling results of surface soil salinity can be significant for exploring the effect of seawater intrusion and runoff reduction to the evolution of coastal salt marsh ecosystems.




Keywords: coastal wetlands, soil salinity, random forest algorithm, hydrological connectivity metric, remote sensing



1 Introduction

A coastal ecosystem locates in the transitional zone between land and sea, which is one of the most vulnerable areas on Earth. Human disturbance (including coastal reclamation and aquaculture) and the frequent occurrence of extreme climate change (including sea level rise and coastal erosion) caused the increased deterioration of coastal salt marsh wetlands (Barbier et al., 2011; Ma et al., 2014; Wei et al., 2015; Rodriguez et al., 2017). According to the estimation of Barbier et al. (2011), in recent decades, over 50% of salt marshes, 29% of seagrasses, and massive seaweed beds have disappeared from the earth. Thus, in the context of global changes, the response and feedback mechanism of coastal ecosystems is one of the focuses of climate change and ecological research.

Stress factors, such as moisture content, salinity, nutrients, and pollutants, may have an important influence on the salt marsh ecosystem. Soil salinity is one of the key factors in the evolution process of coastal salt marsh ecosystems (Davis et al., 2019; Tully et al., 2019; Wilson et al., 2019). Generally, surface soil salinity can be affected by multiple environmental factors, such as vegetation pattern, meteorology (e.g., temperature and rainfall), and topography (e.g., terrain attributes) as well as biophysics (e.g., evapotranspiration) (Allbed et al., 2014; Scudiero et al., 2015; Peng et al., 2019). However, in coastal areas, freshwater input and sea level change can be definitely the dominant factors that modify the salinity of the soil (Cui et al., 2016; Wang et al., 2016; Wang et al., 2017; Jin et al., 2019; Mahmoodzadeh and Karamouz, 2019; Pereira et al., 2019). The interaction of the runoff and saltwater alters the distribution of soil salinity (Zhou and Li, 2013; Yao et al., 2014; Herbert et al., 2015; Russak et al., 2015; Rossetti and Scotton, 2017), further affecting the local ecosystem structure and function by interfering the biogeochemical cycle, such as carbon, nitrogen, and phosphorus (Herbert et al., 2015; Pereira et al., 2019). Thus, to reveal the response and feedback to anthropogenic activities and climate change in estuarine wetland ecosystem, it is critical to explore the temporal and spatial distribution characteristics of salinity in the surface soil of coastal salt marshes.

However, for current studies, the most limiting factor is the lack of long-term, high-quality, and large-scale salinity observation methods. Traditionally, data on salinity is mainly obtained from in situ sampling and laboratory measurements to reveal the salinity distribution characteristics of a single moment in time (Yu et al., 2014; Bai et al., 2016; Contreras-Cruzado et al., 2017). The sampling method can directly determine the relationships between salinity and environmental factors in the surface soil of salt marshes. However, due to the spatial heterogeneity of soil salinity, in situ sampling data often lack spatial representation and are difficult to be applied on a regional scale (Yu et al., 2014). In time scales, soil salinity in coastal salt marshes can vary with seasons and differ among years (Contreras-Cruzado et al., 2017). Therefore, the traditional in situ observations cannot fully represent the spatiotemporal variation of salinity distribution.

Currently, sensors with moderate or high spatial and temporal resolution (e.g., aerial photographs, satellite and airborne multispectral sensors, microwave sensors, video imagery, and airborne geophysical and hyperspectral sensors) make it possible to monitor soil salinization by means of remote sensing in combination with soil salinity measurements (Metternicht and Zinck, 2003; Scudiero et al., 2015; Peng et al., 2019). Many studies have demonstrated that soil spectral reflectance was highly correlated with soil salinity (Peng et al., 2014; Ge et al., 2019). To establish this relationship, previous studies have developed a series of regression models of salinity or electrical conductivity based on raw remote sensing data, such as a multiple linear regression (MLR) model based on the canopy response salinity index (CRSI) calculated from multi-year Landsat 7 ETM+ canopy reflectance data (in San Joaquin Valley, CA, USA; Scudiero et al., 2015), a partial least squares regression (PLSR) model on Landsat 8 OLI data (in Ebinur Lake wetland, China; Liang et al., 2019), and a geographically weighted regression (GWR) model (in Heihe River Basin, China; Yang et al., 2019). These studies proved that the soil salinization estimation based on remote sensing could provide retrospective salinity data with high quality, wide coverage, and low cost.

Current satellite-based salinity estimation approaches nevertheless produce significant errors, especially for coastal wetlands. The alternate submerging of the overlapping zone between permanent land and permanent water (Mentaschi et al., 2018) due to the interaction of tides, waves, and rivers results in rapid changes of soil salinity. A number of salinity estimation studies have taken the effects of general factors (i.e., meteorology, topography, vegetation, etc.) into consideration (Allbed et al., 2014; Scudiero et al., 2015; Peng et al., 2019). However, coupling studies on the convergence mechanism of saltwater and freshwater in coastal wetlands are still weak, which only involve some common hydrological factors such as groundwater level and soil moisture content (Fan et al., 2012; Taghizadeh-Mehrjardi et al., 2014). Furthermore, most recent studies have focused on a single time period, ignoring seasonal differences (Hong et al., 2011; Wang et al., 2019) and implicitly assuming that the distribution of the present vegetation best reflects the present soil salinity conditions (Cho et al., 2018). Vegetation distribution and landform do not vary synchronously with variation in environmental conditions. Therefore, this assumption has limited the findings to unique inversion times and time delays (Lee et al., 2003; Cho et al., 2018).

In recognition of this problem and to support the study of coastal wetland ecosystem evolution, the present study utilizes a machine-learning algorithm (i.e., random forest algorithm) to generate a soil salinity dataset with a high spatial resolution and a long time series by incorporating a hydrological connectivity metric, remotely sensed spectral information about vegetation and soil, terrain attributes, and meteorological conditions.

A multivariate random forest model is developed to estimate the 30-m monthly soil salinity distribution over the Yellow River Delta during the period 2006–2018, considering all of the above-mentioned situations. The model performance is assessed by comparing the results with the records of MLR-, GWR-, and PLSR-generated soil salinity (Figure 1). Prediction accuracy is evaluated by 10-fold cross-validation (CV) statistics, and two variable importance measures are implemented to examine the impact of each predictor on soil salinity estimation on a regional scale.



2 Datasets and Preprocessing


2.1 Study Area

Our study was conducted in the Yellow River Delta (hereafter referred to as YRD; 37°24′44″–38°08′51″ N, 118°11′28″–119°17′30″ E) (Figure 2). The delta is located in the interlaced zone between the Yellow River estuary and the Bohai Sea, which is widely recognized as one of the most intact, most extensive, and youngest preserved wetland ecosystems. Compared with other international important wetlands, the YRD has few human activities (Cui et al., 2016). With the establishment as nature reserve of the Yellow River Delta, it provides a typical model for us to study the response of the formation, evolution, and development of newly formed estuarine wetland ecosystems to global changes. The YRD includes nature reserves (hereafter referred to as NR) with few anthropogenic activities and industrial and agricultural areas (hereafter referred to as IAA) with wide and profound anthropogenic activities (Figure 2D). This contrast provides a reference for an analytical study of the properties of soil salinity distribution in different types of coastal wetland ecosystem.

The long-term monitoring and research program in the YRD based on the national experimental station provided a profound understanding of the process and mechanism of the freshwater and saltwater confluence, the micro-topography, the vegetation pattern, and the soil salinity distribution in this region. The freshwater from the river and precipitation and the saltwater from the ocean meet and merge both regularly and irregularly in this area, which directly affect the distribution of soil salinity (Cui et al., 2016). Due to the erosion by the river and the deposition of sediment, the topographical features vary over the area, including high and flat grounds, marsh, and tidal flat formed by the river (Wu et al., 2019). The topography differences can indirectly affect the soil salinity by affecting the water content and evaporation from the surface soil (Allbed et al., 2014).

Salt-tolerant vegetation is widespread in the study area (Figure 2C), such as Robinia pseudoacacia, Spartina alterniflora, Phragmites communis, Tamarix chinensis, and Suaeda salsa. Some of the vegetation can relieve soil salinization by absorbing salt (Flowers and Colmer, 2015). The YRD has a temperate continental monsoon climate associated with a rainy season from June to September. The annual mean evaporation is greater than the annual mean precipitation, which is conducive for salt rising from underground water to the soil surface (Wu et al., 2017).

In addition, a very large quantity of observational salinity data has been accumulated, providing an excellent database in support of the study.



2.2 Sampling Campaigns and Laboratory Measurement

Twenty-nine field investigations were conducted from 2006 to 2019, and a total of 1,135 mixed topsoil samples were collected at various depths up to 10 cm. The latitude, longitude, and elevation of each sampling site were recorded by a handheld GPS device. The soil samples were sealed in a Ziploc bag to prevent moisture loss and then analyzed in the laboratory.

Soil samples located within the same pixel from Landsat-7 ETM+ or Landsat-8 OLI images were re-sampled as single valid samples. A total of 831 valid samples were collected in this way from NR and 304 valid samples from IAA (Supplementary Table S1). Stones and plant roots were removed, then air-dried, ground, and sieved with a 0.2-mm mesh. Soil salinity was determined by measuring the electrical conductivity (EC) in the soil saturation extracts in the laboratory (Richards, 1954). The conversion relationship between soil salinity and EC was determined by an in situ observation dataset (Supplementary Figure S1).



2.3 Remote Sensing Image and Data Processing

A total of 88 Landsat-7 ETM+ or Landsat-8 OLI images acquired from 2006 to 2018 were selected, where cloud cover was less than 10% (Supplementary Table S2). Six spectral bands in the visible and infrared wavelengths from both satellites (Band Blue, Green, Red, NIR, SWIR1, and SWIR2), with a grid resolution of 30 m, were used in the study. Fast Line-of-sight Atmospheric Analysis of Spectral Hypercubes software was used to implement radiation and atmospheric corrections on all remote-sensing images to minimize atmospheric scattering.

To reduce data dimensionality and improve the accuracy of extracted information, principal component analysis and tasseled cap transformation were implemented on the corrected images to provide the correction matrix. To obtain the spatial and temporal distribution of freshwater sources (i.e., the Yellow River and freshwater reservoirs) and saltwater sources (i.e., coastline, tidal creeks, and aquaculture ponds) from 2006 to 2018 (Figure 2C), an initial outline of the waterbody was extracted based on normalized difference water index (Xu, 2006), and fine extraction was conducted by visual interpretation combined with the corresponding image.

In addition, to clarify the land use pattern of the study area, support vector machine modeling was used to classify land use with the validated kappa coefficient of 0.97 in the delta (Figure 2C). Several vegetation indices and salinity spectral indices were also computed (Supplementary Table S3).



2.4 Obtaining the Terrain Attributes

Terrain attributes are the most important surface parameters influencing the salt distribution of topsoil and determine the evaporation, infiltration, and migration of the surface water (Abdelkader, 2011; Taghizadeh-Mehrjardi et al., 2014; Fan et al., 2016). The 30-m ASTER global digital elevation map used in this study was obtained from the National Aeronautics and Space Administration. A total of 18 terrain attributes were calculated using the Automated Geoscientific Analyses System and Geographic Information System for a 30-m digital elevation model corrected and filled with depressions (Supplementary Table S3). A 30 × 30-m grid was adopted in the model to match the spatial resolution of the Landsat image and soil landscape analyses.



2.5 Meteorological Data

The meteorological data used in this study was collected from records at the field observation station. Seven meteorological quantities at the resolution of 0.125° × 0.125° were measured (Supplementary Table S3), including 2 m air temperature, TEM (K); total precipitation, PRE (mm); ground surface temperature, GST (K); 10 m U/V wind components (m·s–1); relative humidity, RHU (%); hours of sunlight, HS (h); and surface atmospheric pressure, RSP (hPa). Wind speed, WS (m·s–1), and wind direction, WD (°), are calculated using the vector synthesis method (Chuantao and Dinghua, 1997). All meteorological quantities used in this study are monthly mean values.




3 Methodology


3.1 Correlation and Collinearity Diagnosis

Related covariates of remotely sensed spectral information of vegetation and soil from Landsat-8 OLI or Landsat-7 ETM+, terrain attributes, and meteorological attributes were introduced to construct two types of models for NR and IAA separately (Supplementary Table S3). Variables having positive or negative effect on the surface salinity at a significant level (P < 0.05; Supplementary Tables S4, S5) were selected from all covariates to construct the models. Additionally, it was essential to take into account the multi-collinearity of seemingly independent variables to avoid information duplication. The variance inflation factor (VIF) method was chosen to diagnose collinearity and further select the variables. In this study, to select variables with low multi-collinearity as possible, 21 variables were selected initially in the NR (i.e., WIN, PRE, RHU, SSD, TEM, CRSI, PC2, PC3, S1, S4, S5, S7, TCfif, TCfou, CNBL, CD, CI, CSC, TWI, VD, and NDVI) (Supplementary Table S6), and 10 variables were selected initially in the IAA (i.e., SSD, PC1, S2, S4, SI1, TCbri, TCfif, TCgre, CNBL, and GEO) (Supplementary Table S7) for model fitting.



3.2 Random Forest Model


3.2.1 Random Forest Model Based on Hydrological Connectivity Metric

The traditional random forest first systematically proposed by Breiman is a very flexible and efficient machine-learning algorithm (Breiman, 2001). It takes the decision tree as the basic unit and integrates multiple decision trees by ensemble learning theory (in this study, adopting the bagging approach).

Generally, each decision tree is an independent regression machine with corresponding regression results in input samples. The random forest model integrates the regression results of all constructed decision trees and then weight-averages all results as the best prediction output [H(x)] (see Equation 1 for details). Bagging efficiently tackles a large number of input samples with high-dimensional features without reducing dimensionality to achieve excellent accuracy. Each decision tree selects training samples and features in the growing process randomly based on bootstrap theory, which makes a random forest model efficiently avoid overfitting and gives a good anti-noise capacity. The generating process of each tree (h(x)) follows Hastie (Hastie et al., 2009).

For each output decision tree (hi(x)) ∈ R,



where wi is the weighted value of each decision tree hi(x). Generally  ; T is the number of decision trees.

As one of the most commonly adopted machine-learning models at present, the use of the traditional random forest model has been previously reported in different research fields. However, it has rarely been applied to soil salinity inversion on a regional scale, especially in coastal wetlands. More importantly, studies based on the traditional random forest model have not considered the key effects of temporal information and saltwater and freshwater hydrological changes on soil salinity (Vermeulen and Van Niekerk, 2017; Yu et al., 2019; Wei et al., 2020). Soil salinity is most significantly characterized by its spatial and temporal heterogeneity and hydrological sensitivity, and many efforts have focused on the development of regression models to solve these problems [e.g., MLR model (Scudiero et al., 2015), GWR model (Yang et al., 2019), and PLSR model (Liang et al., 2019)].

To improve the accuracy of soil salinity inversion, a random forest model based on hydrological connectivity metric was developed in this study. The schematic diagram of the proposed RF model is illustrated in Figure 1. This model makes use of rich information contained in certain auxiliary variables, such as the remotely sensed spectral data on vegetation and soil as well as the terrain and meteorological attributes. It also benefits from the hydrological connectivity metric extracted and calculated as the minimum Euclidean distance of each pixel from the freshwater body pixel and the saltwater body pixel as well as the temporal information of ground-based salinity measurements on a monthly scale (Dt).




Figure 1 | Structure and specific schematics of the random forest model based on hydrological connectivity metric. (A) The model benefited from rich information of multi-resource data (including the remote-sensed spectral data, terrain attributes, meteorological data, temporal information, and hydrological connectivity metric). (B) The constructed random forest model integrated output results of all decision trees based on weighted average mechanism. (C) The model obtained the best estimation of surface soil salinity of each pixel.



The hydrological characteristics of pixel affected by freshwater (Df) and saltwater (Ds) sources are expressed by the following equations:



and



where (x0, y0), (xf, yf) and (xs, ys) were the metric latitude and longitude coordinates of the target pixel, freshwater source pixel, and saltwater source pixel, respectively; Rf and Rs were collections of all fresh and saltwater source pixel metric coordinates separately.

Predictions with low accuracy may result from a single model which attempts to consider all factors driving soil salinity in different types of coastal wetlands. Thus, the study area was divided into NR (dominated by natural factors) and IAA (dominated by anthropogenic factors) according to the land use coverage map in Figure 2C. Two sub-models were developed by applying the random forest algorithm to NR and IAA separately.




Figure 2 | Location of the Yellow River delta, China. (A) Map of China, (B) digital elevation map of Shandong, (C) land use cover types for 2016 from the Landsat 8 OLI image at 30-m spatial resolution, and (D) sampling points (red dots) in the Yellow River delta.



For NR:

	

For IAA:

	

Based on Python programming language, the two sub-models were each trained by splitting the dataset into two subsets on the basis of random sampling. Each subset is divided into 10 parts, nine of which were rotated to train and build the model, and one was used to validate the performance of the model. Finally, a dataset comprised of the prepared input variables was utilized to the trained model. The output was surface soil salinity estimation over a 30 × 30-m grid at 0–10-cm depths. The methodology flow chart of the models is shown in Figure 3.




Figure 3 | Flow chart of the methodology used for soil salinity estimation in this study.





3.2.2 Permutation Importance and Variable Selection

The random forest model provides the permutation importance measures for all predictor variables and an estimation of the importance of each predictor variable and can determine the mean difference between the predictor accuracy of each tree (Hu et al., 2017) before and after the random permutation of predictor variables. Higher estimated importance values indicate stronger correlations between predictor variables and response variables (Strobl et al., 2008). In this study, the random forest model provided two types of variable importance measure methods [the increase in MSE and node purities (hereafter referred to as Inc.MSE and Inc.NP, respectively) (Hu et al., 2017)] in the training process to improve the prediction accuracy. Since not all satisfied variables of condition can be used to predict the output variable, some unrelated variables may reduce the accuracy of the model. Thus, the variable selection was significant to eliminate the unrelated variables to improve the accuracy of the model and avoid overfitting. In general, models with less variables tend to be more interpretable; thus, a grid research method was used in this study on Linux server (Batten et al., 2019). First, based on the default parameter values, the best variable combination is identified by comparing the 10-fold cross-validation results of the models (i.e., the RF, MLR, PLSR, and GWR models) with different variable combinations (for the best variable combinations of the four models, see Supplementary Table S8 for details). Then, we determine the best parameter combinations using the same approaches based on the best variable combination.




3.3 Contrast Models

The MLR model is a traditional parameter regression model, expressed as detailed below:

For NR:



For IAA:



where a1, …, an are the regression coefficients, and b is the intercept.

The GWR model allows a parameter estimated from a linear regression model to vary locally (Yu et al., 2020). This can reduce the change in relationship of variables due to geographical location change.

The GWR model is expressed as detailed below:

For NR:



For IAA:



where SAL1 is the soil salinity at location l (i, j), b0 is the intercept, b1–bn are the slopes for each independent variable, and ϵ is for the error term.

The PLSR model is the most commonly used method of building a multi-independent model that can handle data with strong collinearity and noise and has been widely used in satellite remote sensing monitoring of soil salinization (Fan et al., 2015; Peng et al., 2019), expressed as detailed below:

For NR:



For IAA:





3.4 Model Performance Evaluation

In this study, the 10-fold cross-validation approach is selected to validate soil salinity estimated by the proposed RF model, MLR model, GWR model, and PLSR model. Moreover, we use four indexes, i.e., the coefficient of determination (R2), the root mean square error (RMSE), the mean absolute error (MAE), and the ratio of performance to deviation (RPD), to evaluate the performance of the above-mentioned models. A well-performed model will have higher R2 and RPD values, with lower RMSE and MAE. Additionally, Pearson’s correlation coefficient is used to evaluate the sensitivity of the models to hydrological changes. A model that is sensitive to hydrological changes will have a high Pearson’s correlation coefficient.




4 Results


4.1 Descriptive Statistics

The results of bivariate correlation analysis (Supplementary Tables S4, S5) show that all the independent variables used to fit both models are significantly related to soil salinity, especially CNBL (r = 0.27, p<0.01), Df (r = 0.21, p < 0.01), and Ds (r = -0.20, p < 0.01) in the NR and TCfif (r = -0.18, p < 0.01) and Df (r = 0.2, p < 0.01) in the IAA. Additionally, the multi-collinearity analysis for variables in both models indicates that, in all cases, the extent of collinearity is relatively low, with the highest VIF of variables in NR and IAA sub-models at 11.62 and 5.63, respectively (Supplementary Tables S6, S7).

The overall descriptive statistics of the final variable datasets for the NR and IAA sub-models are shown in Supplementary Tables S9, S10. There is significant difference in the statistics of soil salinity datasets between NR and IAA, and the soil salinity of both areas show a high spatial variation with variation coefficients (VC) of 0.99 and 0.81. Moreover, many variables also show a high spatial variation in more than 50% of the VC, including Df, Ds,TCfou, NDVI, CD, and CI variables in the NR sub-model and Df, Ds, and S2 in the IAA sub-model (Supplementary Tables S9, S10).

Furthermore, a significant seasonal variation occurs in several of the variables used to fit both models. The average soil salinity in the NR exhibits large seasonal variations (5.22 g·kg–1 in spring, 5.22 g·kg–1 in summer, 5.89 g·kg–1 in autumn, and 3.40 g·kg–1 in winter). The NDVI also varies with the seasons, with the highest value of 0.16 in winter and the lowest value of 0.12 in autumn. In the IAA, the highest average soil salinity occurs in winter (9.91 g·kg–1) and the lowest (4.94 g·kg–1) in autumn. The seasonal statistics for all selected variables for both models are shown in Supplementary Tables S11 and S12.



4.2 Model Fitting and Validation

Figure 4 shows the scatterplots of the fitting results for the proposed RF model and for currently popular regression models, including the MLR, GWR, and PLSR models. The same datasets of NR and IAA are used in all models. In the NR, the proposed RF model performs relatively well at model-fitting results (R2 = 0.97, RMSE = 0.75 g·kg–1, and MAE = 0.54 g·kg–1). The statistical results for the MLR, GWR, and PLSR models are relatively worse, with lower R2 and higher RMSE and MAE. In the IAA, the proposed RF model also gives a better fitting result, with higher R2 (0.94), lower RMSE (1.24 g·kg–1), and lower MAE (0.87 g·kg–1). The fitting results for the MLR, GWR, and PLSR models are worse, all with R2 <0.75. In conclusion, the random forest algorithm can give a better performance at training approximations in bulk data with high-dimensional features rather than the parametric (MLR) model and the non-parametric models (GWR and PLSR).




Figure 4 | Scatterplots of the model fitting results of the random forest model (A, E), the multiple linear regression model (B, F), the geographically weighted regression model (C, G), and the partial least squares regression model (D, H). The color represents the density of the point. The black dashed and red solid lines represent the 1:1 line and the linear regression line, respectively.



The validation results for the proposed RF model and for the MLR, GWR, and PLSR models are shown in Figure 5. In the NR, the validation results of the MLR, GWR, and PLSR models are bad (R2 = 0.49, 0.78, and 0.46 respectively), whereas the proposed RF model shows a better performance, with R2 = 0.89, RMSE = 1.48 g·kg–1, MAE = 1.05 g·kg–1, and RPD = 3.06. Compared with the other three models, the proposed RF model improves the accuracy by about 11–43%. In the IAA, the proposed RF model also has good performance, with R2 = 0.67, RMSE = 2.76 g·kg–1, MAE = 2.07 g·kg–1, and RPD = 1.87. The validation results of the MLR, GWR, and PLSR models are also worse than the proposed RF model, with R2 = 0.27, 052, and 0.25, respectively. Additionally, the predictions of the RF, MLR, GWR, and PLSR models are less accurate than for NR by 22, 22, 26, and 21%, respectively. The fitted curves show that all four models have the tendency to underestimate the salinity, for all the curve slopes are <1, while the proposed RF model has the highest slope values (0.86 in NR and 0.67 in IAA). The comparison illustrates that the proposed RF model has sufficient accuracy in modeling and estimating soil salinity due to its ability to consider both temporal and hydrological connectivity.




Figure 5 | Scatterplots of the model cross-validation results of the random forest model (A, E), the multiple linear regression model (B, F), the geographically weighted regression model (C, G), and the partial least squares regression model (D, H). The color represents the density of the point. The black dashed and solid lines represent the 1:1 line and the linear regression line, respectively.





4.3 Model Performance Comparison Among Seasons

The seasonal performance of the proposed RF, MLR, GWR, and PLSR models, respectively, are compared in this section based on NR and IAA datasets (Table 1). In spring, the proposed RF model in NR has the best performance among the five models, with the highest R2 of 0.83, the lowest RMSE of 1.53 g·kg–1, and the lowest MAE of 1.09 g·kg–1. In this season, the MLR and PLSR models give worse validation results with R2 = 0.72 and 0.46, respectively. The GWR model is the least accurate of the five models (R2 = 0.07, RMSE = 15.28 g·kg–1, and MAE = 7.28 g·kg–1). In the IAA, the proposed RF model performs well, with R2 = 0.42, RMSE = 3.35 g·kg–1, and MAE = 2.58 g·kg–1. The performances of the other three models are inferior, with R2 <0.


Table 1 | Statistics for the comparison of seasonal model cross-validation performance.



For the summer season in both of NR and IAA, the proposed RF model produces the best results of the five (for NR, R2 = 0.76, RMSE = 1.27 g·kg–1, and MAE = 0.86 g·kg–1; for IAA, R2 = 0.46, RMSE = 3.02 g·kg–1, and MAE = 2.38 g·kg–1). The MLR, GWR, and PLSR models give less acceptable validation results [for NR, R2 (MLR) = 0.28, R2 (GWR) = 0.61, and R2 (PLSR) = 0.30; for IAA, R2 (MLR) = 0.18, R2 (GWR) = 0.26, and R2 (PLSR) = 0.12].

For the autumn season, in the NR, the validation accuracy of MLR, GWR, and PLSR gave a poor performance (R2 = 0.47, 0.72, and 0.45, respectively). In comparison, the proposed RF model performance is better (R2 = 0.92, RMSE = 1.42 g·kg–1, and MAE = 0.98 g·kg–1). In the IAA, the proposed RF model and the MLR and PLSR models all perform poorly, with R2 <0. In addition, due to the distribution of sampling sites and the scarcity of observational data, the GWR model cannot be constructed in the IAA.

In winter, the performance of the proposed sub-model is the best of the four models in the NR (R2 = 0.78, RMSE = 1.05 g·kg–1, and MAE = 0.80 g·kg–1). The validation results of the MLR and PLSR models (R2 = 0.51 and -2.33, respectively) are both worse than for the proposed RF model. Moreover, the observational data in winter for both areas cannot be used again to build the GWR model in the NR and the four models used in IAA.

The predictions of the proposed RF model overall are more accurate than for the other three models in each season, except for autumn and winter in the IAA. Especially in the NR, the soil salinity prediction accuracy of the proposed RF model is improved by 11, 15, 20, and 27% at least in spring, summer, autumn, and winter, respectively.



4.4 Spatiotemporal Distribution of Estimated Salinity


4.4.1 Spatial Distribution of Estimated Salinity

Figure 6 shows that the proposed RF model can provide a complete 30-m grid spatial coverage of soil salinity, except in water-covered areas (i.e., aquaculture areas and rivers). The spatial distributions of the estimated mean salinity using the proposed RF model at different seasons from 2006 to 2018 in the NR and IAA of YRD is highly heterogeneous spatially and varies with time. In the NR, the annual mean salinity from 2006 to 2018 is 5.75 ± 1.73 g·kg–1. Areas with the lowest salinity values (<4 g·kg–1) are mainly near a freshwater body, such as the river channel and the freshwater restoration areas (Figure 6A). However, the soil salinity in the southern and northwestern NR, in which tidal creeks are densely distributed, is generally high (>8 g·kg–1; Figure 6A). Moreover, regions of high (>8 g·kg–1) and low (<4 g·kg–1) salinity have more areas in warm seasons (Figure 6B) than in cold seasons (November – April; Figure 6C). This might suggest the seasonal variation of soil salinity in the NR.




Figure 6 | Spatial distribution of the estimated mean salinity from 2006 to 2018 in (A) the nature reserves (NR) all year round, (B) the NR in warm seasons (from May to October), (C) the NR in cold seasons (from November to April), (D) the industrial and agricultural areas (IAA) all year round, (E) the IAA in warm seasons (from May to October), and (F) the IAA in cold seasons (from November to April).



In the IAA, the annual mean salinity from 2006 to 2018 is higher than in the NR, with a value of 6.52 ± 1.07 g·kg–1. The regions with high soil salinity (>8 g·kg–1; Figure 6D) are mainly found near a saltwater body, mainly the coastline. It was also found that some urban areas have relatively higher soil salinity, whereas the salinity near the river channel is generally low (<4 g·kg–1; Figure 6D). Generally, the soil salinity distribution in the IAA varies less between warm and cold seasons (Figures 6E, F).



4.4.2 Monthly Variation of Estimated Salinity

The monthly mean salinity of YRD fluctuates with time in different regions (Figure 7). For the overall study area, the maximum and minimum soil salinity values appear in January (mean = 7.56 g·kg–1, σ = 3.09) and April (mean = 5.13 g·kg–1, σ = 1.95). The monthly variation in the NR also shows a similar trend, but with more fluctuation. The maximum and minimum salinity values appear in December (mean = 7.14 g·kg–1, σ = 2.14) and April (mean = 3.53 g·kg–1, σ = 1.76). The monthly mean soil salinity in the IAA varies only slightly compared with NR and the overall YRD, with mean salinity range of less than ± 1.15 g·kg–1 in different months.




Figure 7 | Monthly mean variation of the estimated salinity from 2006 to 2018 in the nature reserves, the industrial and agricultural areas, and the overall Yellow River Delta.






4.5 Hydrological Sensitivity of the Proposed RF Model

The results of the variable importance evaluation for predicting variables in the proposed RF models of the NR and IAA are shown in Figure 8. Two indicators are used to evaluate the sensitivity of the proposed RF model: the increase in mean square errors (Inc.MSE) and the increase in node purities (Inc.NP). The permutation from both evaluation indicators revealed that, in NR, Dt and Df are two of the most sensitive variables (Figures 8A, C). This might illustrate that the spatial distribution of freshwater and the time variation are both the key factors affecting the soil salinity distribution in this area. In IAA, the CNBL variable is the most important predictor variable from both evaluation indicators (Figures 8B, D). In contrast to the NR, the soil salinity of this region might be affected more by the topography. Df is the second most important predictor from both evaluation indicators (Figures 8B, D), which means that the spatial distribution of freshwater is still the key factor to soil salinity distribution, while Dt is ranked lower by both important measures than in NR. Totally speaking, the freshwater hydrological variations are the key factors determining the distribution and variation of the surface soil salinity in the whole Yellow River Delta.




Figure 8 | Variable importance permutation of (A) the nature reserves (NR) by Inc.MSE, (B) the industrial and agricultural areas (IAA) by Inc.MSE, (C) the NR by Inc.NP, and (D) the IAA by Inc.NP.



To further examine the sensitivity to hydrological variations of the monthly mean salinity generated by different models, the correlations between the monthly mean salinity generated by the models and the monthly runoff of Yellow River at Lijin station are analyzed. The result shows that the monthly mean salinity of the proposed RF model (r = 0.46, p < 0.01) is significantly correlated with the runoff at Lijin station, while the values of other models have no significant correlation with runoff (MLR model, r = 0.31, p = 0.08; PLSR model, r = –0.03, p = 0.86). This might indicate that the monthly mean salinity values estimated by the proposed RF model are more sensitive to the monthly hydrological variations than by the other models.




5 Discussion

In this study, a combination of random forest algorithm and hydrological connectivity metric is used for the first time in a soil salinity-predicting model. The assessment result (Figures 4, 5) shows that the RF model has a higher prediction accuracy than the other current models (i.e., MLR, GWR, and PLSR models). In comparison with former studies in arid regions or inland salt marshes, the 10-fold cross-validation R2 from the proposed RF model is comparable with the traditional validation results of the cubist model (Peng et al., 2019), the bootstrap-BP neural network model (Wang et al., 2018), and the supported vector regression model (Aldabaa et al., 2015). Similar to the proposed RF model, the former models used similar predictor variables, such as vegetation spectral index, salinity spectral index, terrain attributions, and meteorological data (Allbed et al., 2014; Scudiero et al., 2015; Peng et al., 2019).

However, the variables with low importance are not included in the final proposed RF model, such as brightness index, enhanced vegetation index, normalized differential salinity index, elevation, aspect, ground surface temperature, etc. In fact, the inclusion of those variables is found to reduce the prediction accuracy. Other variables, including the time (Dt), minimum distance from freshwater source (Df), and minimum distance from saltwater source (Ds), have not been used in previous studies. These variables are proven to increase the prediction accuracy in the final model (Figure 8).

The random forest algorithm provides two categories of importance measures for variables during the training process: increase of mean square error and node purities (Hu et al., 2017). Those categories can bring additional insights into the predictor variables and greatest improvements into the prediction accuracy.

In addition, this algorithm can also generate a monthly soil salinity dataset and provide a higher prediction accuracy than the MLR, GWR, and PLSR models among seasons (Table 1). Even though the proposed RF model is optimized for all seasons rather than for each season individually, on the seasonal scale, compared with the other studies, the predictive accuracy of this model based on 10-fold CV is similar with those of the studies conducted by Wang et al. (2018) in spring and Taghizadeh-Mehrjardi et al. (2014) in summer based on traditional validation.

In most previous studies, a regression relationship was established between the observed salinity and the input variables for a single point—for instance, Fan et al. (2015); Peng et al. (2019), and Masoud (2014) utilized the soil sample data, in different time periods, to establish the regression model for predicting salinity distribution. Those models can give relatively accurate predictions at those specific periods, while the predictions often face the problem of overfitting at other periods. To solve this problem, the model we established in this research considers the rationality of the spatial distribution of sample sites and the diversity of sampling seasons. The spatiotemporal information is used as input variable for the proposed RF model, which can improve the spatiotemporal sensitivity of the model and the predicting accuracy among seasons. Moreover, the model established in this research is more sensitive to variation in hydrological conditions, such as the distance to freshwater and saltwater sources.

Our results show that the surface soil salinity values near freshwater sources, including river channels and freshwater restoration areas, are generally low (<4 g·kg–1, Figures 6A, D). The results are similar with those of the former studies, such that the direct or indirect restoration projects of freshwater resources are effective to the relief of soil salinization (Fan et al., 2011; Yu et al., 2014; Yang et al., 2015; Chi et al., 2019). However, the high salinity values (>8 g·kg–1) are mainly found near saltwater sources, including the coastline, tidal creeks, and aquaculture areas (Figures 6A, D), which are consistent with former studies. Seawater is the main source of soil salinity in those areas, and some physical processes, such as seawater intrusion, precipitation, evaporation, and plant evapotranspiration, can affect the soil salinization of adjacent regions (Russak et al., 2015; Chi et al., 2019). Those processes affect the salinity by soil capillarity and groundwater level (Fan et al., 2012; Jin et al., 2019).

Additionally, the predicted salinity of the proposed RF model shows a better correlation with runoff at Lijin station than the MLR and PLSR models (Table 1). The hydrological variable (Df) of the proposed RF models for NR and IAA is also the highest among the three models by both importance measures (Figure 8). This suggests that the soil salinity estimations generated by the proposed RF model is highly sensitive to variation in hydrological conditions, along with the environmental factors (Rossetti and Scotton, 2017). Compared with previous studies (Allbed et al., 2014; Bai et al., 2016; Gorji et al., 2017; Wang et al., 2018), the proposed RF model can more precisely match for delta regions and capture the influence of variation more sensitively in hydrological conditions on soil salinity.

Several certain potential limitations are also found in this research. The spatial resolution is the first limitation of the accuracy prediction of soil salinity. The Landsat data with 30-m spatial resolution used in this study have a moderate difference at the pixel level rather than data from satellites with smaller spatial resolutions. Allbed et al. (2014) assessed the salinity in areas using IKONOS satellite data with 1-m spatial resolution, and Neto et al. (2017) demonstrated that the 1-m airbone ProSpecTIR-VS hyperspectral data could give a more accurate salinity prediction than the 30-m Landsat OLI data. Although the 30-m resolution can provide a longer time series and a considerable reduction in computing time compared with the 1-m resolution, the 1-m resolution data will then further improve the prediction accuracy. This will be the next step to improve the model.

Another limitation of the model is that the systematic studies of the mechanisms of hydrological and hydrodynamic changes in coastal areas are not completed yet. The influence of the hydrological and hydrodynamic changes on soil salinity consists of a series of complex physical processes, involving permeation fluid mechanics, hydromechanics, and capillary action. According to a model simulation of Wang et al. (2007), factors such as temperature, evapotranspiration, hydraulic conductivity, tides, and seawater salinity all affect the formation of salinity distribution of coastal tidal flats. Thus, full understanding of the influencing mechanism of the hydrological and hydrodynamic processes on soil salinity is the key to an accurate prediction. This is also the part of our work that needs to be improved in future studies. Finally, although the proposed RF model can give relatively accurate predictions, there is still evidence that the soil salinity is underestimated in the study area, and the extent will be increased in high-salt areas (e.g., high tidal flats) and at some particular times, such as in January. This may be a potential cause to the salinity prediction error.



6 Conclusions

The estuarine wetlands are located in the interlacing interface of land and sea. They can be affected by the interaction of river runoff and seawater, resulting in a complex modification of hydrological processes and soil salinization processes, thereby leading to the spatial and temporal heterogeneity of soil salinity of coastal wetlands. This has become the biggest challenge to traditional salinity estimation models based on satellite data. In this study, we proposed a model by integrating random forest algorithm and hydrological connectivity metric to predict the soil surface salinity of coastal tidal flats. Several independent spatiotemporal environmental factors are also considered in the model as incorporating variables, including temporal information, remote sensing spectral indices of vegetation and soil, terrain and meteorological attributes, etc. The model performance and response sensitivity to hydrological variations are evaluated using 10-fold cross-validation statistical approaches (R2, MAE, RMSE, and RPD) and Pearson’s correlation coefficient. A comprehensive analysis is carried out to compare the accuracy and stability with the commonly used MLR, GWR, and PLSR models.

The model performance assessment result shows that the performance of the proposed RF model in this work exhibits a high and stable accuracy, with R2 = 0.89, RMSE = 1.48, and MAE = 1.05. The accuracy of the proposed RF model can be increased by about 11–43% over the former MLR, GWR, and PLSR models. The prediction performance of the proposed RF model among seasons is also better than that of the other models. Moreover, on a monthly scale, the model is more sensitive to the variation of the hydrological conditions than the other models. Detailed spatiotemporal and hydrological information is used in the prediction to increase the predicting accuracy of surface soil salinity under the complex condition of estuarine wetlands. In conclusion, the proposed surface soil salinity estimation based on random forest algorithm is satisfactory for soil salinization studies in estuarine wetlands.
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Saltmarsh carbon storage contributes significantly to combating global climate change and achieving regional carbon neutrality. Yet saltmarsh carbon stocks have shown a trend of decline in recent years. Therefore, long-term monitoring and analyzing of saltmarshes for their carbon storage is imperative to better protect and manage this pool of carbon. This study investigated the spatiotemporal dynamics in saltmarsh carbon storage during 1987–2020, by using the Google Earth Engine (GEE) platform and applying the Integrated Valuation of Ecosystem Services and Tradeoffs (InVEST) model, and analyzed the driving factors of carbon storage in saltmarshes. The key results are as follows. Firstly, carbon density values in saltmarshes ranged more than 14-fold, from 7.24 to 104.99 Mg·hm-2, and the total carbon storage showed a decreasing trend. Secondly, reduced carbon storage was concentrated in inshore saltmarshes adjacent to reclamation sites, especially in Shandong, whereas augmented carbon storage characterized the offshore saltmarshes dominated by Spartina alterniflora, especially in Shanghai and Jiangsu. Overall, the carbon stocks of saltmarshes have fallen by 10.44 Tg; the decrease in carbon storage caused by Suaeda salsa, Phragmites australis, and mudflats exceeded the increase in carbon storage caused by Spartina alterniflora and Scirpus mariqueter. Further, we found that reclamation was the most dominant driver of carbon storage reductions, except for sea level rise and hurricane disturbances that can also negatively impact carbon storage, while greater carbon storage was closely related to the invasion of Spartina alterniflora. This study’s findings facilitate the development of a carbon storage management strategy for saltmarsh ecosystems to address global climate change and contribute to attaining carbon neutrality.
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1 Introduction

As globally significant carbon sinks, coastal ecosystems play a pivotal role in tackling global climate change (Tang et al., 2018; Cai et al., 2021). Carbon sequestered in saltmarshes, seagrass beds, and mangrove forests of coastal ecosystem is known as “blue carbon” (Davidson et al., 2018). The carbon sequestration capacity of “blue carbon” ecosystems is about 10 times greater than that of terrestrial ecosystems (Mcleod et al., 2011). Although these ecosystems constitute only 0.2% of the marine area, the carbon stored in their sediment accounts for ca. 50% of the total carbon storage in ocean sediments (Duarte et al., 2013). As an important coastal wetland type, saltmarshes are of great intrinsic conservation value because of their high productivity and large carbon storage. There is now mounting recognition of the value and potential of saltmarsh carbon storage in addressing global climate change (Cai et al., 2021). Therefore, exploring, protecting, and promoting carbon storage and sequestration in saltmarsh ecosystems will be helpful to mitigate global warming and realizing regional carbon neutrality.

The saltmarsh ecosystems provide numerous ecosystem services, including biodiversity conservation and carbon sequestration (Zhao et al., 2018; Chen et al., 2020; Cai et al., 2021), where the vast area of mudflats and flora serve as massive blue carbon sink and promote the ecosystem-based coastal defense (Yim et al., 2018; Ma et al., 2019). The saltmarsh vegetations are reported to be one of the major contributors to blue carbon in the coastal wetlands because of their high productivity and carbon sequestration capacity per unit area (Bai et al., 2016; Zhang et al., 2017; Tang et al., 2018). Shen et al. (2021) recently determined that the aboveground carbon storage in a coastal marsh region to be ca. 1.1 Tg, based on field surveys and wetland distribution data in China. In the coastal United States, the total carbon storage of salt marsh and mangrove soils is estimated to be 0.87 Pg C (Nahlik and Fennessy, 2016). Similarly, mudflats without vegetation could function as critical carbon sink because of their high burial rate and vast area (Chen et al., 2020). In China, the lower limit of the carbon burial rate of coastal tidal flats is roughly 0.42 Tg C·a−1, which is significantly greater than that of mangroves and second only to salt marshes (Wang et al., 2021). Moreover, Chen et al. (2020) found that carbon storage values of 20.53 and 78.07 Tg for vegetated wetland and non-vegetated tidal flats along coastal China, respectively. To date, studies have focused on carbon storage of a single type (vegetation or mudflat) in a specific year, ignoring the long-term change of the overall carbon storage in the salt marsh ecosystem (Chen et al., 2020; Shen et al., 2021; Wang et al., 2021). In addition, the dynamics of carbon storage in different salt marsh types have not been well-characterized.

In the context of global climate change, studying carbon storage and sequestration in saltmarshes has become a crucial topic in global carbon cycle research (Mcleod et al., 2011; Tang et al., 2018; Zhang et al., 2018). As a tool for ecosystem assessment, the InVEST model is well suited for quantitatively analyzing carbon stocks, habitat quality, soil conservation, food production, and other similar ecosystem service functions, whose corresponding results can be depicted in thematic maps (He et al., 2016; Li et al., 2018a). Previous studies have proven that the InVEST model can estimate the carbon storage in a simple and reliable way (He et al., 2016; Zhao et al., 2019; Islam et al., 2022). However, research on carbon storage in China along its coast based on InVEST model has mostly focused on several hotspot areas (Ma et al., 2019; Cai et al., 2021), leaving the large-scale spatial and temporal changes of saltmarshes’ carbon storage across the China’s entire eastern coastal zone still unclear. Furthermore, it is imperative for InVEST model to obtain accurate temporal and spatial patterns of saltmarshes to quantitatively analyze dynamics of carbon storage (Adelisardou et al., 2021; Xu et al., 2021b). Supervised, unsupervised and object-based classification have been widely used to produce the land use and land cover (LULC) products (Wang et al., 2020b). These methods typically produce accurate LULC raster maps for small areas at a specific time, but are usually expensive, time-consuming, and difficult to scale up to larger areas (Wang et al., 2020b; Yan et al., 2021). In the last few years, the GEE, a free web-based cloud computation platform with powerful computational power and big data-processing algorithms, has begun to provide time-series remote sensing imagery and other relevant data on a global scale (Zhang et al., 2019). Many scholars have already used GEE to carry out large-scale wetland mapping in coastal China with good results so far (Zhang et al., 2019; Gu et al., 2021; Hu et al., 2021). Thus, Random Forest (RF) algorithm via GEE was used in this study to provide an accurate land cover raster for input into the InVEST model.

In order to address the abovementioned issues and concerns, here we integrate GEE and InVEST model to quantify the spatiotemporal dynamics of carbon storage in different saltmarshes types for 1987–2020 across China’s entire eastern coastal zone. The specific objectives of our study are (1) to investigate the long-term variability of different saltmarshes types on a large spatiotemporal scale through GEE coding; (2) to simulate and analyze the spatial and temporal dynamics of carbon storage in saltmarshes, using the InVEST model; and (3) to explore the factors driving carbon stock changes. Moreover, the findings of this study will provide a timely reference for enhancing conservation and management strategies of coastal ecosystems’ carbon storage and contribute to achieving carbon neutrality targets.



2 Materials and Methods


2.1 Study Area

China’s coastline runs at least 32,000 km, including 14,000 km of island coastline, starting from the mouth of the Yalu River (39.83°N, 121.16°E) and extending to that of the Beilun River (21.53°N, 108.05°E) (Gu et al., 2021; Hu et al., 2021). These coastal wetlands are geographically divided by Hangzhou Bay into two types: rocky shores in the south and muddy flats in the north. The study area covers the entire saltmarshes north of Hangzhou Bay from 29.42°N to 39.83°N, this lying within subtropical and temperate monsoon climate zones. Saltmarshes are usually divided into low, middle, and high marshes (Gu et al., 2021). Extensive mudflats are distributed around the low marshes. The inner side of middle and high saltmarshes is adjacent to reclamation areas (such as aquaculture pond, farmland, etc.). In high marshes, Phragmites australis (P. australis) is the dominant species; however, Suaeda salsa (S. salsa) dominates the middle marshes and Scirpus mariqueter (S. mariqueter) is dominant in low marshes; Spartina alterniflora (S. alterniflora) is invading high marshes from mudflat (Figure 1).




Figure 1 | Geographic position and types of saltmarshes in 2020. (a–d) represent the Liao River Estuary, Yellow River Delta, Yancheng National Nature Reserve, and Yangtze River Estuary, respectively.





2.2 Data Acquisition and Preprocessing

Over the past few decades, NASA (National Aeronautics and Space Administration) has provided a continuous series of Landsat images. These images are contained in the public data archive of GEE (https://code.earthengine.google.com/) and can be used to detect long-term land cover change in saltmarshes (Zhang et al., 2019; Wang et al., 2020a). Here, we selected Landsat 5, 7, and 8 image collections from the Landsat surface reflectance Tier 1 products, spanning 1987 to 2020. Despite selecting only those images with low cloud cover (< 20%) to obtain high quality data, even the best available data in certain areas still had a small amount of cloud present, which affected the surface reflectance of different saltmarshes types (Gu et al., 2021). Therefore, to avoid errors, pixel quality attributes (pixel_qa) generated from the CFMASK algorithm were used to exclude pixels identified as clouds or cloud shadows from the image stack. Finally, we calculated the Normalized Difference Vegetation Index (NDVI), Modified Normalized Differences Water Index (mNDWI), and Land Surface Water Index (LSWI) for each image and added both to each image collection. These three indices are defined in Eqs. (1), (2), and (3):

 

 

 

where ρnir, ρred, ρgreen, and ρswir are respectively the near-infrared, red, green, and shortwave infrared bands of Landsat imagery.

Accurate and adequate sample data are important for conducting a supervised large-scale LULC classification (Yang and Huang, 2021). Zhang et al. (2019) found that the mudflat area is easily distinguished from vegetation in high-resolution imagery from Google Earth. Accordingly, we selected mudflat and vegetation samples from Google Earth’s repository of high-resolution images. Published research indicates that a visual interpretation method can yield accurate and high-quality samples (Hu et al., 2021; Yang and Huang, 2021). Hence, we used a visual interpretation method to classify vegetation sample sites into four types (S. salsa, P. australis, S. alterniflora, S. mariqueter) based on published in situ studies of saltmarshes. Overall, ca. 11,000 sampled points representing five saltmarsh categories were selected (Supplementary Figure 1); of these samples, 70% were used for model training and the remaining 30% for assessing accuracy.

For each saltmarsh type, its carbon pools data (Table 1) was expressed as carbon storage per unit area and obtained from previous studies (based data availability). All carbon storage per unit area data used in our paper are field measurements of saltmarshes in China’s eastern coastal zone from those previous studies. References for this data can be found in provided Supplementary Table 1.


Table 1 | Carbon pools of the saltmarshes used in the InVEST model (Mg·hm-2).





2.3 Saltmarsh Classification


2.3.1 Compositing the Images of Maximal Saltmarsh Extent

Tidal inundation has a significant impact on a coastal wetlands’ classification. To not miss any fully exposed saltmarshes, we used the maximum spectral index (MSIC) to composite the image. According to the pixel with the maximum value of the selected spectral index in the time-series collection of Landsat images, MSIC sets each pixel of the composite image. Thus, each pixel represents an extreme tidal condition at its own location (Jia et al., 2021). In this way, MSIC composite images are not only representative of the saltmarshes in general for a given year but they also bypass the effects of tidal inundation on saltmarshes. Next, to obtain each the maximal extent of the saltmarshes, i.e., the lowest tide condition, NDVI-based MSIC images were produced. Compared with other composite images (e.g., median composite image), the NDVI-MSIC can effectively separate saltmarshes from marine water bodies to uncover fully-exposed saltmarshes (Jia et al., 2021). To visualize the advantages of using NDVI-MSIC images over a median composite image, we examined Jiaozhou Bay as a case study area (Figure 2).




Figure 2 | Landsat composite images acquired in 2020: (A) Median composite image; (B) NDVI-MSIC image. (a, b) zoomed-in areas showing the local details of the median composite image; (c, d) zoomed-in areas showing the local details of the NDVI-MSIC image.





2.3.2 RF Machine Learning Algorithm via GEE

The RF algorithm outperforms other algorithms when using long time-series of remotely sensed data for LULC mapping (Xu et al., 2021a; Yan et al., 2021). To reduce the possibility of overfitting, sub-samples are randomly selected by the RF algorithm from input variables and, in addition, the optimal features are randomly selected through a voting process to create splits in the nodes of the generated tree (Zhang and Zhang, 2020). Using the RF algorithm leads to greater accuracy and efficiency, even under adverse conditions of noise interference. For these reasons, we applied the RF algorithm to NDVI-MSIC images to distinguish between different salt marsh types. Approximately 70% of samples were randomly selected on the GEE platform for use as a dataset to train the RF algorithm (Section 2.2). The input data for the RF algorithm consisted of the original spectral bands and three calculated normalized indices.



2.3.3 Post-Classification Processing and Accuracy Assessment

Morphological processing and filtering are effective methods of post-classification processing that contribute to a highly accurate classification (Hu et al., 2021). In our study, the majority filter and elimination tools in ArcGIS 10.3 were used to post-process the RF classification results. Any obvious misclassified results were corrected by their manual modification.

Accuracy assessment is crucial for ensuring the robust classification of remote sensing images. To that end, we used a validation dataset, consisting of the 30% remaining sample points recorded in Section 2.2, to construct confusion matrices. We then derive including overall accuracy and kappa coefficient parameters to evaluate the accuracy of the mapped saltmarshes. These results revealed an overall accuracy > 90% and a mean kappa coefficient of 0.89 (Table 2). The confusion matrices indicated that the map of saltmarshes was highly consistent with validation data.


Table 2 | Accuracy assessment of the saltmarsh classification results.






2.4 Carbon Storage and Sequestration

The Carbon Storage and Sequestration module of the InVEST model uses LULC-type maps, along with four basic carbon pools (aboveground, belowground, soil, dead litter), to estimate the carbon storage in a landscape unit (i.e., amount of carbon currently stored), as well as the carbon sequestration (i.e., amount of carbon it has sequestered over time) (Zhao et al., 2019; Adelisardou et al., 2021; Cai et al., 2021). Because of unavailable data, the total carbon storage calculated in this study omitted carbon storage by dead organic matter. We used these equations to estimate the carbon storage and sequestration:

 

 

 

where Ck is the carbon storage of a saltmarsh of type k (Mg), Ck_above is aboveground carbon density of a saltmarsh of type k (Mg·hm-2), Ck_below is belowground carbon density of a saltmarsh of type k (Mg·hm-2), Ck_soil is soil carbon density of a saltmarsh of type k (Mg·hm-2), and Ak is the area of a saltmarsh of type k (ha); C is the total carbon storage of the saltmarsh ecosystem (Mg); S is the carbon sequestration (Mg), Ct2 and Ct1 represent the carbon storage in years t2 and t1, respectively (t2 > t1).




3 Results


3.1 Changes to Saltmarshes Between 1987 and 2020

In total, 6605.04–12104.77 km2 of saltmarshes occurred along China’s eastern coastal zone in 1987 to 2020, which included the S. salsa, P. australis, S. alterniflora, S. mariqueter types and mudflats (Supplementary Figure 2 and Table 3). For S. salsa and P. australis saltmarshes, their coverage decreased continuously from 1987 through 2020, losing 189.31 and 1186.39 km2, respectively. Conversely, the S. alterniflora saltmarsh has continued to expand, increasing from 17.62 km2 to 523.95 km2. Deviating from those trends, S. mariqueter saltmarsh initially decreased in area but then increased over time. The area of mudflats generally featured a downward trend, with a reduction in area of 4265.01 km2. The proportion corresponding to mudflats ranged from 78.85% to 82.84%, comprising the largest saltmarsh type in the study area. The second largest saltmarsh type was P. australis, covering 11.82%–16.62% of the total area. This was followed by S. alterniflora, S. salsa and S. mariqueter, representing 0.15%–7.50%, 1.06%–2.18%, and 0.33%–0.77% of the total area, respectively.


Table 3 | Statistics of the saltmarshes from 1987 to 2020.





3.2 Total Carbon Storage and Sequestration Between 1987 and 2020

The total carbon density maps were created by quantifying carbon storage per unit area of saltmarshes, as shown in Figure 3. Evidently, the total carbon density in China’s eastern coastal zone changed significantly during the period of 1987–2020. The value of carbon density in saltmarshes ranged from 7.24 to 104.99 Mg·hm-2. High carbon density areas were mainly located in the vegetation-covered areas, and low density areas mainly occurred in mudflats. After 1995, however, the area of high carbon density continuously expanded. Large areas characterized by high carbon density were found in offshore saltmarshes that had been mudflats before 1995. This was especially the case for the saltmarsh wetlands of Jiangsu. By 2020, these areas covered nearly the entire eastern coastal zone area.




Figure 3 | Maps of saltmarshes total carbon density in (A) 1987, (B) 1995, (C) 2005, (D) 2015, and (E) 2020; (a-d) represent the Liao River Estuary, Yellow River Delta, Yancheng National Nature Reserve, and Yangtze River Estuary, respectively.



The total amount of carbon storage in the whole study area decreased from 29.30 Tg to 18.85 Tg during 1987–2020 (Figure 4), though the total carbon storage showed an increasing trend from 2015 to 2020. The carbon storage changes in various coastal provinces are not consistent, as depicted in Figure 4. In the provinces to the north of Jiangsu, carbon storage showed a downward trend. Only in Shanghai and Zhejiang, the carbon storage maintained an increasing trend in the past 30 years.




Figure 4 | Total carbon storage of saltmarshes in each province and the whole study area from 1987 to 2020.



In addition to carbon storage, we calculated carbon sequestration in the saltmarshes (Figures 5, 6). Raster maps (Figure 5) showed differential carbon density patterns between 1987 and 2020. In these maps the negative values indicate lost carbon and positive values denote carbon gain (in Mg per hectare). The results showed that carbon density was constantly altered within saltmarshes where carbon density underwent decreases in most areas. The inshore saltmarshes adjacent to reclamation sites were the main area of carbon density loss, reaching a maximum of −85.65 Mg·hm-2. It is well known that the S. alterniflora invasion not only expands the extent of saltmarsh wetlands but also enhances their carbon sequestration capacity (Davidson et al., 2018). Hence, the maximum carbon density of S. alterniflora saltmarsh rose from 64.21 to 104.99 Mg·hm-2; these carbon density gain areas were located chiefly in the offshore saltmarshes where dominance by S. alterniflora is less affected by human activities (Supplementary Figure 3 and Figure 5).




Figure 5 | Map of total carbon density dynamics during 1987 to 2020 in the saltmarshes; (a–d) represent the Liao River Estuary, Yellow River Delta, Yancheng National Nature Reserve, and Yangtze River Estuary, respectively.






Figure 6 | Total carbon sequestration of each province and the whole study area from 1987 to 2020.



The Figure 6 showed amount of carbon it has sequestered between 1987 and 2020. The red indicates carbon loss and green denotes carbon gain. Over the period 1987–2020 period, total carbon storage in the whole study area decreased by 10.44 Tg, with a mean reduction of 0.32 Tg per year. The most significant loss of carbon storage was Shandong, this was followed by Liaoning, Hebei, Jiangsu, and Tianjin, the loss of carbon storage was 6.22, 2.15, 1.62, 1.06, and 0.43 Tg respectively. And the gain of carbon storage in Shanghai and Zhejiang was 0.84 and 0.21 Tg respectively.



3.3 Carbon Storage and Sequestration in Various Saltmarshes Between 1987 and 2020

The spatial distribution maps of carbon density for each saltmarsh type (Supplementary Figure 3) revealed the carbon density of mudflats and P. australis were higher in the southern and northern parts than the central zone. Carbon density of S. salsa and S. mariqueter were higher in the northern than the southern areas. Besides that, S. alterniflora’s carbon density exhibited pronounced spatial variation.

In order to further analyze the spatiotemporal dynamics of carbon storage, we compared and analyzed the storage and sequestration of five saltmarsh in each province and the whole study area (Figures 7, 8). The results show that the carbon storage of S. salsa, P. australis and mudflat declined continuously in the whole study area, with carbon storage loss of 0.48, 5.54 and 7.82 Tg respectively. Meanwhile, the carbon storage by S. alterniflora and S. mariqueter continually increased in the whole study area, with carbon storage gain of 3.37 and 0.02 Tg respectively. The increase in saltmarshes carbon storage is substantially less than the loss. Specifically, the carbon stocks of P. australis and mudflat decreased in almost all provinces, with Shandong Province showing the most significant loss of 2.98 and 3.52Tg respectively. In addition, the carbon stocks of S. alterniflora increased in practically all provinces, with the largest increases in Jiangsu and Shanghai provinces, at 1.11 and 1.22 Tg respectively. In general, the carbon storage loss of S. salsa and P. australis saltmarshes and the mudflats was together greater than the rise in carbon storage facilitated by S. alterniflora.




Figure 7 | Carbon storage of various saltmarshes in (A) Liaoning, (B) Hebei, (C) Tianjin, (D) Shandong, (E) Jiangsu, (F) Shanghai, (G) Zhejiang, and (H) the whole study area from 1987 to 2020.






Figure 8 | Carbon sequestration of various saltmarshes in (A) Liaoning, (B) Hebei, (C) Tianjin, (D) Shandong, (E) Jiangsu, (F) Shanghai, (G) Zhejiang, and (H) the whole study area from 1987 to 2020. The inset in (H) is enlarged data for carbon sequestration of S. mariqueter in the whole study area.






4 Discussion


4.1 Changes in Saltmarsh Coverage and Carbon Storage

We found that the area of saltmarshes area shrank from 1987 to 2020 (Table 3 and Supplementary Figure 2). In particular, major trends included the reduction in the P. australis saltmarsh and mudflats, and the expansion of the S. alterniflora saltmarsh. Our results for changed areas of saltmarsh types are similar to those reported in other research (Gu et al., 2018; Mao et al., 2019; Gu et al., 2021). Reclamation projects carried out in China coastal wetlands are considered to be the most dominant cause for coastal ecosystem degradation and loss. Newly constructed buildings, farmland, and aquaculture ponds now occupy large areas that were once wetlands along the country’s coastal zone (Li et al., 2018b; Li et al., 2020). In our study, while the carbon stocks of S. alterniflora increased, those of the salt-marsh wetlands showed an overall decline, because the greater S. alterniflora carbon storage is much less than reduced carbon storage in other saltmarsh types (Figures 6, 8). Recently, several studies that estimated saltmarshes’ carbon storage came to conclusions similar to ours. For example, reclamation in China has caused a great loss of coastal carbon storage over the past three decades (Li et al., 2018b). In addition, Ma et al. (2019) analyzed the dynamics of coastal blue carbon storage in the Yellow River Delta, China, from 1970 to 2010, finding that it collectively decreased more than increased over time. Therefore, it is necessary to strengthen the protection and management of China’s saltmarshes.



4.2 Driving Factors of Carbon Storage Variation

In our study, the corresponding maximum carbon density of S. alterniflora increasing to 104.99 from 85.65 Mg·hm-2 (Figure 3). Previous research has showed that plant invasions can alter C and N cycles in wetland ecosystems (Windham and Ehrenfeld, 2003; Zhang et al., 2021). It is known that S. alterniflora relies on the C4 photosynthetic pathway to sustain higher rates of net primary productivity than S. salsa or other native C3 plants can attain, leading to its carbon stock gain in biomass, in addition, S. alterniflora have the high potential for additional carbon accumulation from litter and roots (Zhang et al., 2010; Davidson et al., 2018; Zhang et al., 2018). During the past three decades, carbon stocks in some areas, such as Jiangsu and Shanghai, were indeed enhanced after an S. alterniflora invasion (Figures 6, 7), and the total carbon storage increased by 3.37 Tg (Figure 8). Davidson et al. (2018) found significantly greater carbon stocks in encroached saltmarsh, amounting to 40% ( ± 16%) more carbon than in non-invaded saltmarsh habitat, but effects depended on the species of invader. Large areas with high carbon density that emerged in offshore saltmarshes (mudflats) after undergoing S. alterniflora invasion (Supplementary Figure 3). Importantly, these offshore saltmarshes invaded by S. alterniflora were most responsible for the significantly increased carbon storage over time (Figures 5, 8). Other scholars reported that S. alterniflora mostly invades mudflats (Mao et al., 2019). An S. alterniflora invasion intensifies biomass per unit area, extends the margins of saltmarsh wetlands—for example, the expansion of S. alterniflora at Dafeng Milu National Nature Reserve (Figure 9)—and converts mudflats into vegetated habitats rich in carbon (Davidson et al., 2018; Mao et al., 2019). S. alterniflora colonization on mudflats also absorbs a substantial quantity of nutrients like nitrogen and phosphorus, reducing the input of terrestrial nutrients to the offshore eutrophic sea area and improving the primary productivity of offshore areas (Wang et al., 2021). Apart from the invasion of S. alterniflora, mudflat deposition increases carbon stocks in salt marshes (Figure 5). Mudflats, a form of coastal environment with a vast surface area and high carbon storage capacity, are an essential part of the ecosystem (Lin et al., 2020; Xia et al., 2021). However, because the added mudflats were far fewer than the reduction, mudflat carbon storage decreased in all but Shanghai (Figure 8).




Figure 9 | Maps of S. alterniflora expansion at the Dafeng Milu National Nature Reserve from (A) 1987 to (B) 2020.



Our research showed that the carbon reserve in saltmarshes changed from 29.30 to 18.85 Tg during 1987 and 2020, with a loss of 13.84 Tg and a gain of 3.40 Tg (Figures 4, 8). Carbon storage loss in mudflats and the P. australis saltmarsh together accounted for more than 96% of reduced carbon storage (Figure 8). This trend can be attributed to an increased reclamation area which damaged large-sized inshore saltmarshes (e.g., the expansion of reclamation area at Liao River Estuary, Yellow River Delta and Chongming Dongtan, Figure 10), resulting in a significant loss of carbon storage (Li et al., 2018b). Additionally, tidal flat reclamation exposes wetland soils in anaerobic environment to the atmosphere, hastening the decomposition of soil organic carbon and the release of CO2 into the atmosphere (Zhou et al., 2016). Shandong suffered the largest loss of carbon storage, followed by Liaoning, Hebei and Jiangsu (Figure 6), which might be related to the continuous increase of reclamation area in these provinces (Li et al., 2020; Duan et al., 2021), which leads to the reduction of carbon sink potential of coastal wetlands (Zhang et al., 2009; Zhou et al., 2016). Based on aquaculture pond extent data from Duan et al. (2021), we calculated the correlation between pond area and saltmarsh carbon storage. The results showed a significant negative correlation between carbon storage and aquaculture ponds area (P < 0.05). The rapid development of the aquaculture industry has caused the large-scale transformation of much coastal wetlands, leading to harmful impacts on natural ecosystems (Virdis, 2014; Meng et al., 2017). The results showed that the carbon storage of offshore mudflat decreased (Figures 5, 8), especially in the middle coast of Jiangsu. The sea level rise which caused losses of soil in saltmarshes may be the main reason for the carbon storage loss of offshore mudflat (DeLaune and White, 2012; Yin et al., 2012). Additionally, DeLaune and White (2012) suggested that reductions in carbon stocks of coastal zones could be related to hurricanes. Hurricanes trigger an instantaneous losses of much sequestered soil carbon through the damage cause to wide swaths of saltmarshes.




Figure 10 | Landsat image examples of the reclamation area’s expansion at the Liao River Estuary from (A) 1987 to (B) 2020, at Yellow River Delta from (C) 1987 to (D) 2020, and at Chongming Dongtan from (E) 1987 to (F) 2020.





4.3 Limitations

In this study, we must acknowledge several limitations. First, Landsat satellites can only partially capture information about the full tidal range (Zhang et al., 2019). Thus, even though MSIC based on GEE was used to discern the fully-exposed salt marsh wetlands, it is basically impossible to obtain images of all the lowest and highest tides along China’s eastern coastline. Even so, it is still certain that MSIC based on GEE is more accurate in delineating the extent of salt marsh wetlands primarily affected by semi-diurnal tides than other currently available algorithms (Jia et al., 2021). Besides, in considering aboveground, belowground, and soil organic carbon storage compartments in the studied saltmarsh types, we used the InVEST model to estimate the carbon storage of China’s eastern coastal zone. We have made use of existing carbon pool data that fit with the study area and objectives as far as possible. Yet the carbon storage by dead organic matter in saltmarshes was assumed to be zero, because of the paucity of empirical data. We believe this compartment would only have an insignificant effect on the total carbon storage of the saltmarshes, given that we know the dead organic matter carbon pool accounts for a tiny percentage (less than 2%) of total carbon pool of coastal marsh ecosystems (Ma et al., 2019; Cai et al., 2021). Looking ahead, in situ surveys are needed to refine the carbon pool data, and obtain more accurate parameters, which would be helpful for estimating the carbon stocks more reliably for predictive purposes. Finally, the InVEST model assumes that none of the saltmarsh types gained or lost carbon over the past three decades. In fact, due to the influence of many factors, carbon storage has some degree of spatiotemporal variability (Li et al., 2018a). For example, the storage and distribution of soil organic carbon can be affected by land use dynamics (Wang et al., 2002). Nevertheless, this space-for-time substitution model, InVEST, is currently deemed effective and useful for carbon storage estimation because more appropriate models are lacking (Adelisardou et al., 2021; Xu et al., 2021b).




5 Conclusions

By integrating GEE and InVEST, our study was able to explore the spatiotemporal changes to saltmarsh carbon stocks in the China’s eastern coastal zone from 1987 to 2020, and to analyze the effects of natural and human-driven processes on these stocks in various types of saltmarshes. The findings demonstrated that, overall, loss in saltmarsh carbon storage exceeded its gain, such that net carbon storage decreased by 10.44 Tg. Reduced carbon storage occurred most starkly in mudflats and the P. australis wetlands close to reclamation areas in Shandong, amounting to a loss of 13.84 Tg. Gained carbon storage was concentrated in S. alterniflora wetlands at the seaward edge within saltmarshes in Jiangsu and Shanghai, increasing by 3.37 Tg. The carbon sequestration was influenced by mainly the negative effects of coastal reclamation and the positive effects of S. alterniflora invasion. The results of this article could serve as a blueprint for carbon stock estimations of various saltmarsh types, to facilitate the conservation and restoration of carbon stocks in global wetlands.
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Land–sea interactions in coastal wetlands create heterogeneous vegetated habitats with regular zonation along a topographic gradient. However, it’s unclear how the trophic diversity of communities and trophic structure of food webs change along the gradient. Here, we investigated the empirically resolved food web structure and trophic diversity across four vegetated habitats (Phragmites australis, Suaeda salsa, Spartina alterniflora, and Zostera japonica seagrass) along a gradient from upland to near-shore waters in the Yellow River Delta wetland. We quantified δ13C and δ15N of carbon sources (detritus, primary producers) and consumers (zooplankton, macroinvertebrates, fish). δ13C and δ15N of the carbon sources and consumers differed significantly among the four habitats. Carbon sources and consumers became more 13C-enriched and 15N-enriched along the gradient, respectively. The consumer trophic position was higher in the S. salsa habitat than in the seagrass habitat, followed by the S. alterniflora and P. australis habitats. The habitat formed by invasive S. alterniflora had the lowest corrected standard ellipse areas in the δ13C vs. δ15N plots for the basal carbon sources and all consumers combined, and the lowest Layman community metrics for the δ13C range, total area, and centroid distance; thus, trophic groups in this habitat had the lowest isotopic trophic diversity. Using a Bayesian isotope mixing model, we found that consumer diet compositions differed greatly among the habitats where the consumer was present, except for shrimps and polychaetes. Food web topological properties (species richness, number of trophic links, linkage density, proportions of intermediate consumers and omnivores) increased along the gradient. Generally, habitat heterogeneity created highly variable food webs. Our results provide insights into the spatial variation in coastal ecosystems along a topographic gradient, and demonstrate the need to protect habitat heterogeneity in coastal wetlands, combined with adaptive management to control invasive species.
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Introduction

Coastal wetlands are located in the ecotone between land and sea, and exhibit strong natural habitat heterogeneity, with upland, salt marsh, mudflat, and near-shore waters. These habitats display significant topographic gradients for parameters such as salinity, elevation, and flooding frequency (Barbier et al., 2011; Rogers et al., 2019). The environmental variation along the gradient has significant structural effects on the spatial distributions and characteristics of biotic communities (Bang et al., 2018; Janousek et al., 2019; Colombano et al., 2021). In particular, they form a vegetation mosaic (a plant zonation pattern) along the gradient (Pennings et al., 2005; Cui et al., 2011; Engels et al., 2011). Given that different communities respond differently to their different trophic niches, stress tolerance, and life history (Li et al., 2020). This variation ultimately leads to different overall food web characteristics that result from complex trophic cascade interactions.

The vegetated habitats along a coastal topographic gradient also show large variations in carbon sources at the base of their food webs, including differences between C4 salt marsh plants (e.g., Phragmites australis, Suaeda salsa) and C3 plants (e.g., Spartina alterniflora, Zostera japonica) (Zhang et al., 2010; Christianen et al., 2017). The intermediate consumers were dominated by insects at upland sites, but shifted to bivalves and gastropods in the near-shore waters (Dauer et al., 2010; Li et al., 2020). Furthermore, the complexity of coastal food webs increases due to couplings between green and brown food chains (Nordström et al., 2015; Schrama et al., 2017), and between pelagic and benthic trophic pathways (Kopp et al., 2015; Jones et al., 2021). Most researchers have investigated food web characteristics for a specific coastal habitat, most commonly for salt marsh habitats (Marczak et al., 2011; Nordström et al., 2015; Schrama et al., 2017; Baker et al., 2021). However, one of the most pressing challenges is to empirically investigate the spatial variations of food webs along a large coastal topographic gradient that includes multiple habitats, thereby improving our understanding of coastal ecosystem structure and functioning (Tylianakis and Morris, 2017; Baiser et al., 2019).

Available studies have mainly addressed changes in the trophic structure of coastal food webs along latitudinal gradients (Saporiti et al., 2015; Cardona et al., 2021), or gradients in nutrient enrichment and hydraulic residence time (Sierszen et al., 2006). In addition, some studies examined changes in food web properties in diverse wetland habitats along a water-flow gradient from the upper river estuary to coastal offshore waters (Kim et al., 2020; Kundu et al., 2021). For example, Vinagre and Costa (2014) revealed that the upper estuary had higher variability for many topological properties, but did not differ significantly from that in the lower estuary.

Studies of the plant zonation patterns along coastal topographic gradients have compared food web characteristics between P. australis and S. salsa habitats (Park et al., 2015) and between P. australis and S. alterniflora habitats (Dibble and Meyerson, 2014). However, information is still lacking on generalized patterns in terms of the trophic structure and associated food web properties across more variable vegetated habitats along the topographic gradient, and this limits our understanding of how coastal gradients shape heterogeneous food webs in coastal wetlands.

The Yellow River Delta wetland has a complex coastal system and provides an ideal topographic gradient that can be used to assess changes in the food web trophic structure among variable vegetated habitats due to its distinct plant zonation patterns. The plant communities are dominated by P. australis, Tamarix chinensis, S. salsa, S. alterniflora, and Z. japonica seagrass (from upland to near-shore waters) in this coastal wetland (Cui et al., 2011; Qi et al., 2021). Using this area as our case study, we investigated the spatial variation of food webs across four different vegetated habitats along the topographic gradient from upland to the near-shore waters. Specifically, our objectives were: (1) to investigate changes in stable carbon and nitrogen isotope values in the trophic groups as well as variations in the trophic position of consumers along the gradient, (2) to investigate changes in isotopic niche characteristics of the trophic groups that represent their trophic diversity along the gradient, and (3) to investigate changes in the topological properties of food web networks, quantitative diet compositions of consumers, and food web trophic structure along the gradient. We hypothesized that the food web characteristics would vary significantly along the gradient, reflecting differences in ecosystem functioning among the vegetated habitats. In addition, based on previous measurements of species composition and biomass distribution in the biotic communities along the topographic gradient in the Yellow River Delta (Li et al., 2020), we hypothesized that the food webs at low elevations in the coastal wetland would be more complex than those at higher elevations in terms of the complexity of the topological properties.



Materials and Methods


Study Area

Our study was conducted in a coastal wetland within China’s Yellow River Delta national nature reserve, where the Yellow River enters the Bohai Sea on the Pacific coast of northeastern China (Figure 1). This delta is the largest, youngest, most active, and most fragile estuary wetland in China. It has a warm temperate continental monsoon climate with distinct seasons and irregularly semidiurnal (twice daily) tides. The average annual temperature is 12°C, with mean monthly temperatures ranging from -3°C in January to 27°C in July, and the average annual precipitation and evaporation are 552 mm and 1962 mm, respectively (Cui et al., 2011).




Figure 1 | (A) Map of China’s Yellow River Delta based on the interpretation of remote sensing images from 2015. (B) Location of the four studied vegetated habitats along a topographic gradient: Phragmites australis habitat in the upland, Suaeda salsa habitat in the salt marsh, Spartina alterniflora in the mudflat, and Zostera japonica seagrass habitat in the near-shore waters. The black lines represent the approximate borders between adjacent habitats; thus, the lines marked with c and d represent the borders between the marsh and the terrestrial border and between the terrestrial border and the upland habitat, which developed at the highest astronomical tide based on data from Cui et al. (2011) and Li et al. (2020). Photos were taken by X. Li in 2019.



Fieldwork was conducted on the northern shore of the Yellow River channel. There is no tidal embankment along the coastline. Due to the interactions between land and sea, environmental factors vary greatly along the topographic gradient, with the elevation ranging from 0 m at the seashore to 2.5 m at the upland sites; as a result, the flooding frequency ranges from 0% at the upland sites to 95% at the seashore (Cui et al., 2011). The water salinity ranges from <0.5‰ at the upland sites to 30‰ at the seashore (Li et al., 2020). Clear plant zonation patterns are visible along the gradient (Qi et al., 2021). We selected four habitats with different vegetation communities for our study: the P. australis upland, the S. salsa salt marsh, the habitat of invasive S. alterniflora in the mudflat area, and the Z. japonica seagrass habitat in the near-shore waters (Figure 1). In each habitat, we performed sampling at 6 sites (Figure 1B). The macroinvertebrate community also showed large variation across the four habitats, and the dominant macroinvertebrate species changed from insects in the upland habitat to bivalves and gastropods closer to the sea (Li et al., 2020). The large variations in abiotic and biotic factors among the four habitats enable us to further explore the spatial variations in food web characteristics, thereby enriching our understanding of the spatial variation in food web dynamics along the coastal gradient.



Sample Collection and Processing

To determine the spatial variations in food web characteristics across the four vegetated habitats along the coastal topographic gradient, we collected samples of food web items from each habitat in September 2018 and June, July, and August 2019, to cover most of the growing season. We collected potential carbon sources at the base of the food webs, consisting of sediment organic matter (SOM), particulate organic matter (POM), C3 and C4 vascular plants, microphytobenthos, and phytoplankton. We collected zooplankton, macroinvertebrates, and fish to represent consumers in these food webs.

Bulk sediment was collected using a soil core sampler (5.0 cm in diameter, 5.0 cm in depth) to prepare samples of SOM. Water samples were collected at a depth of 20 cm in tidal creeks using a Plexiglass water collector. We filtered the water column through a 200-μm mesh to remove large detritus and then acquired samples of POM by rinsing the samples on pre-combusted (450°C for 6 h) glass-fiber filters (0.45 μm, Whatman GF/F; Mao et al., 2016). We collected fresh leaves of vascular plants by hand and washed them with distilled water. Microphytobenthos samples were collected by scraping the surface of stones in the tidal creek (O’Gorman et al., 2017). Phytoplankton and zooplankton samples were collected by filtration of the collected water column through meshes with sizes of 0.064 and 0.122 mm, respectively. They were then rinsed onto pre-combusted glass-fiber filters for stable isotope determination. Macroinvertebrates were collected by dredging the sediment to a depth of 20 cm. The sediment was then washed and passed through a 0.5-mm mesh to extract organisms. Fish were collected by employing fishing cages in tidal creeks (sampling details see Li et al., 2020).

Different pre-treatments were applied to these organisms before determining the stable isotopic values for carbon (δ13C) and nitrogen (δ15N). For shrimp, we removed the entire shell, head, and tail, and then extracted the muscle tissue. For crabs, we extracted muscle tissue from the large claw. For snails and bivalves, we removed the viscera from the shell. We used the entire body for other small organisms. For fish, we extracted the white dorsal muscle tissues from three individuals per species with similar size or weight to provide a single composite sample for isotope detection. All stable isotope samples were oven-dried at 60°C to constant weight, then ground into a fine powder using a mortar and pestle. Stable isotope analysis was performed in a continuous-flow isotope-ratio mass spectrometer (Delta V Advantage, Thermo Scientific, Schwerte, Germany) coupled with an elemental analyzer (Flash EA1112, Thermo Scientific, Monza, Italy). We recalibrated the spectrometer after every 10 measurements. Measurement precision of δ13C and δ15N were 0.1‰ and 0.2‰, respectively. We used Vienna PeeDee Belemnite (VPDB) and atmospheric N2, respectively, as the standard samples to calculate the δ13C and δ15N ratios. Since δ15N ratios change as a result of trophic fractionation, we defined the trophic position (TP) of a consumer trophic group as follows (vander Zanden et al., 1999):



where δ15Nconsumer is the consumer’s δ15N value, and δ15Nbaseline is the baseline δ15N value, which we assumed equaled the average value for all primary consumers (i.e., detritivores and herbivores) in each habitat. We assumed that the trophic enrichment factors (TEF) were 3.4 ± 1.0‰ (mean ± SD) for δ15N and 0.4 ± 1.3‰ for δ13C, which are the values used in the SIAR model, according to Post (2002). The trophic position of the carbon sources was set to 1.

We divided the collected organisms into different trophic groups, which we defined as groups of taxa that share the same set of prey and predators (Dunne et al., 2002), for each habitat (Supplementary Table 1). In total, we collected 86 stable isotope samples for all trophic groups in the P. australis habitat (Supplementary Table 2), 113 samples in the S. salsa habitat (Supplementary Table 3), 131 samples in the S. alterniflora habitat (Supplementary Table 4), and 117 samples in the Z. japonica habitat (Supplementary Table 5).



Stable Isotope Data Analysis

The size of the region occupied by an assemblage in the stable isotope space (i.e., in the δ13C vs. δ15N plots) contains information about isotopically defined trophic diversity, and reflects the size of the trophic niche (Abrantes et al., 2014). Thus, the close proximity of consumer taxa in isotope space reflects potential trophic redundancy. To investigate differences in trophic niche size of all carbon sources, all consumers combined, and each consumer trophic group among the four habitats, we quantified the value of the corrected standard ellipse area (SEAc, ‰2) using the SIBER package (Stable Isotope Bayesian Ellipses in R, Jackson et al., 2011) implemented in R version 2.1.6 (https://www.r-project.org/). Higher values of SEAc indicate wider isotopic trophic niches as well as higher trophic diversity of an assemblage of communities (Masese et al., 2018). For consumers, we further analyzed the percentage overlap of the 95% confidence interval for SEAc between pairs of habitats. Values of this overlap range from 0% when the two ellipses are completely separated to 100% when they fully overlap. For a target consumer group, a high overlap between pairs of habitats implies that the consumer group relies on similar food sources within the two habitats, which means it has a similar trophic niche in both habitats; conversely, a low overlap means different food sources and trophic niches (Jackson et al., 2011).

We also analyzed the metrics proposed by Layman et al. (2007) to describe the trophic niche structure:

	δ13C range (CR), with a wide range representing niche diversification among carbon sources;

	δ15N range (NR), with a wide range suggesting trophic length;

	total area (TA), which represents the area of the convex hull occupied by the assemblage in the δ13C versus δ15N isotopic space;

	centroid distance (CD), which represents the Euclidean distance of each component of the species assemblage from the centroid;

	mean nearest-neighbor distance (MNND), which represents the mean Euclidean distance from each group to its nearest neighbor in the isotopic space;

	standard deviation of the nearest-neighbor distance (SDNND), which represents the evenness of the isotopic space for all species assemblages.



Lower values of MNND and SDNND indicate higher trophic redundancy; that is, a low MNND means more trophic groups with similar trophic ecologies, and a low SDNND means more evenly distributed species (Abrantes et al., 2014). To overcome the dependence of the six Layman metrics on sample size, we followed the advice of Jackson et al. (2011) and calculated the Bayesian CR, NR, TA, CD, MNND, and SDNND at each habitat using the SIBER package to provide unbiased and more robust metrics that accounted for variations in sample size in our statistical comparisons of the Layman metrics among the four studied habitats.



Bayesian Isotope Mixing Model

We derived the empirical food webs for the four vegetated habitats by combining literature analysis and the Bayesian isotope mixing model. We firstly derived the potential prey for each consumer trophic group in each habitat based on published diet data in similar coastal ecosystems or close to our study area (see Supplementary diet literature). Based on the information on potential food sources, we then ran the Bayesian stable isotope mixing model for each consumer to identify whether the potential feeding link described in the literature was valid at our study sites, and then obtained the quantitative contributions to each consumer’s diet.

We created the Bayesian isotope mixing model using the SIAR package (Stable Isotope Analysis in R; Parnell et al., 2010) implemented in version 3.6.1 of the R software, which solves mixing models based on isotope data using a Markov-chain Monte Carlo approach, and simulates dietary proportions using a Dirichlet prior distribution (Parnell et al., 2010). We ran 30,000 iterations of each SIAR model, and the output represents a probability-density distribution for the potential contribution of each prey item to the diet of each consumer. We assigned a feeding link in the food web when the lower limit of the 50% credibility interval for the contribution of each source to the consumer’s diet exceeded 5% (Careddu et al., 2015; Bentivoglio et al., 2016).

To characterize the trophic structure of food webs across the four habitats along the coastal gradient, we selected 12 commonly addressed topological properties:

	richness (S), number of trophic groups in the food web;

	links (L), number of trophic links between the trophic groups;

	linkage density (LD), LD = L/S;

	connectance (C), C= L/S2;

	top species (T), proportion of species that have no predators;

	intermediate species (I), proportion of species that have both prey and predators;

	basal species (B), proportion of species that have no prey;

	omnivory (O), proportion of species that consume prey from more than one trophic level;

	GenSD, standard deviation of the number of prey resources per species;

	VulSD, standard deviation of the number of consumers for each species;

	ATL, average trophic level;

	MaxSim, maximum Jaccardian similarity.



We calculated these topological properties using the Network 3D software (Yoon et al., 2004; Williams, 2010).



Statistical Analysis

We used one-way ANOVA to identify significant differences in the δ13C and δ15N values of the trophic groups among the four habitats. When the ANOVA test showed a significant difference (p < 0.05), we used Tukey’s HSD post-hoc test to identify significant differences between pairs of habitats. Statistical analyses were conducted using version 20.0 of the Statistical Package for the Social Sciences (SPSS) software (www.ibm.com/analytics/us/en/technology/spss/).




Results


Signatures of Stable Isotope Values of Trophic Groups


δ13C and δ15N Values of Carbon Sources

The δ13C values of the carbon sources (i.e., detritus and primary producers) differed significantly among sources in the P. australis habitat (Supplementary Table 2; one-way ANOVA, F4,40 = 33.54, p < 0.001), the S. salsa habitat (Supplementary Table 3; F4,43 = 58.23, p < 0.001), the S. alterniflora habitat (Supplementary Table 4; F4,41 = 51.74, p < 0.001), and the Z. japonica habitat (Supplementary Table 5; F4,32 = 14.97, p < 0.001). The highest range of mean δ13C values of the carbon sources occurred in the S. salsa habitat (from -28.99 ± 0.63‰ to -5.46 ± 0.53‰, mean ± SD), followed by the P. australis habitat (from -25.74 ± 0.67‰ to -6.84 ± 0.75‰), the Z. japonica habitat (from -20.61 ± 3.60‰ to -5.62 ± 0.16‰) and the S. alterniflora habitat (from -19.90 ± 0.02‰ to -7.00 ± 0.79‰) (Figure 2).




Figure 2 | δ13C and δ15N values (mean ± SD) of trophic groups collected from (A) Phragmites australis, (B) Suaeda salsa, (C) Spartina alterniflora, and (D) Zostera japonica seagrass habitats along the coastal topographic gradient in the Yellow River Delta. Abbreviations for the trophic groups: Biv, bivalves; Ca, Carassius auratus; Cra, crabs; Gas, gastropods; Ins, Insects; Lj, Lateolabrax japonicus; Mic, microphytobenthos; OtC, other crustaceans; Pa, Phragmites australis; Ph, Planiliza haematocheila; Phy, phytoplankton; Pol, polychaetes; POM, particulate organic matter; Sa, Spartina alterniflora; Sh, Synechogobius hasta; Shr, shrimp; SOM, sediment organic matter, Ss, Suaeda salsa; Zj, Zostera japonica; Zoo, zooplankton.



In all four habitats, SOM was always the most 13C-enriched carbon source (Tukey’s HSD test, p < 0.05, Supplementary Table 2 to 5). In both the P. australis and Z. japonica habitats, phytoplankton (-20.28 ± 6.72‰ and -20.61 ± 3.60‰, respectively) was significantly more 13C-depleted than microphytobenthos (-14.82 ± 1.37‰ and -12.97 ± 0.40‰, respectively). In the S. salsa habitat, S. salsa was the most 13C-depleted basal source (-28.99 ± 0.63‰), with a value significantly lower than that of other carbon sources (p < 0.05; Supplementary Table 3). In the S. alterniflora habitat, phytoplankton (-13.65 ± 1.25‰) and S. alterniflora (-14.45 ± 1.45‰) were both significantly more 13C-enriched than POM (-17.57 ± 2.24‰) and the microphytobenthos (-19.90 ± 0.02‰) (Supplementary Table 4).

The δ15N values of the carbon sources also showed significant differences in the S. salsa habitat (ANOVA, F4,43 = 6.37, p < 0.001) and the S. alterniflora habitat (F4,41 = 3.17, p = 0.02), but there were no significant differences in the P. australis habitat (F4,40 = 1.54, p = 0.21) and the Z. japonica habitat (F4,32 = 1.20, p = 0.33). The δ15N values of the carbon sources ranged from 1.61 ± 0.45‰ to 3.90 ± 2.84‰ in the P. australis habitat, from 4.05 ± 0.56‰ to 6.26 ± 0.78‰ in the S. salsa habitat, from 4.95 ± 0.46‰ to 6.65 ± 0.78‰ in the S. alterniflora habitat, and from 5.02 ± 1.20‰ to 6.68 ± 0.68‰ in the Z. japonica habitat. POM had significantly higher δ15N values (6.26 ± 0.78‰) than phytoplankton (4.35 ± 1.97‰) in the S. salsa habitat (p < 0.05, Supplementary Table 3).



δ13C and δ15N Values of Consumers

Consumers also showed significant differences in δ13C values among the four habitats (for the P. australis habitat, F7,44 = 3.09, p = 0.01; for the S. salsa habitat, F9,68 = 3.41, p = 0.002; for the S. alterniflora habitat, F10,88 = 14.95, p < 0.001; for the Z. japonica habitat, F10,83 = 17.13, p < 0.001). The distribution of the δ13C values of consumers was relatively narrow in the P. australis habitat (from -25.06 ± 4.31‰ to -20.54 ± 3.83‰) compared to the ranges in the S. salsa habitat (from -20.01 ± 1.67‰ to -12.24 ± 2.01‰), the S. alterniflora habitat (from -22.44 ± 3.88‰ to -10.46 ± 4.19‰), and the Z. japonica habitat (from -27.01 ± 2.44‰ to -11.24 ± 2.67‰) (Figure 2 and Supplementary Table 2 to 5). Zooplankton showed more 13C-depleted values in the P. australis (-22.61 ± 2.25‰) and Z. japonica (-23.70 ± 1.64‰) habitats than in the S. salsa (-14.99 ± 5.01‰) and S. alterniflora (-13.59 ± 1.21‰) habitats. The macroinvertebrate (mean for all groups ± SD, -22.73 ± 1.85‰) and fish (-23.25 ± 4.35‰) groups both had more 13C-depleted values (in average) in the P. australis habitat than in the other habitats: for the S. salsa habitat, -16.20 ± 2.96‰ for macroinvertebrates and -17.66 ± 1.91‰ for fish; for the S. alterniflora habitat, -16.70 ± 3.68‰ for macroinvertebrates and -18.51 ± 3.03‰ for fish; for the Z. japonica habitat, -15.40 ± 3.23‰ for macroinvertebrates and -19.72 ± 3.30‰ for fish. This demonstrates that fish generally had more 13C-depleted values than macroinvertebrates in the four habitats.

The consumer δ15N values also differed significantly (for the P. australis habitat, F7,44 = 6.16, p < 0.001; for the S. salsa habitat, F9,68 = 40.24, p < 0.001; for the S. alterniflora habitat, F10,88 = 10.06, p < 0.001; for the Z. japonica habitat, F10,83 = 14.93, p < 0.001). In the P. australis habitat, the δ15N values of other crustaceans (2.66 ± 0.72‰) and gastropods (3.31 ± 0.77‰) were significantly lower than those of the fish (p < 0.001), which were 8.58 ± 2.94‰ and 8.48 ± 1.99‰ for Planiliza haematocheila and Synechogobius hasta, respectively. In the S. salsa, S. alterniflora, and Z. japonica habitats, Lateolabrax japonicus had the highest δ15N values, and the difference from other groups was often significant. In the S. salsa habitat, P. haematocheila had significantly higher δ15N values (9.38 ± 1.32‰) than zooplankton (5.63 ± 1.32‰), bivalves (5.59 ± 0.90‰), gastropods (6.48 ± 0.90‰), other crustaceans (5.54 ± 0.47‰), and crabs (5.80 ± 1.89‰) (p < 0.05). In the S. alterniflora habitat, S. hasta had a significantly (p < 0.05) higher δ15N value (10.95 ± 0.80‰) than zooplankton (6.46 ± 1.39‰), bivalves (7.29 ± 0.94‰), and crabs (7.47 ± 1.71‰). In addition, P. haematocheila, Carassius auratus, and S. hasta in the Z. japonica habitat all had significantly higher δ15N values than the zooplankton and macroinvertebrates, except for gastropods, crabs, and polychaetes.



Trophic Positions of Consumer Trophic Groups

We determined the trophic positions of consumer trophic groups based on their δ15N values relative to a baseline that equaled the average value of all detritivores and herbivores for each habitat. The highest trophic position of consumer trophic groups in the S. salsa habitat (3.92) was slightly higher than the highest position in the Z. japonica habitat (3.62), followed by the S. alterniflora (3.32) and P. australis (3.25) habitats (Figure 3). Trophic positions of zooplankton, bivalves, gastropods, C. auratus, S. hasta, and L. japonicus all differed significantly among the four habitats (p < 0.05). Specifically, zooplankton had a higher trophic position in the P. australis habitat (2.41 ± 0.43) than in other habitats, at 1.94 ± 0.42 in the S. salsa habitat, 1.65 ± 0.46 in the S. alterniflora habitat, and 1.76 ± 0.62 for the Z. japonica habitat. In the Z. japonica habitat, bivalves (2.28 ± 0.27), gastropods (2.60 ± 0.40), and C. auratus (3.42 ± 0.37) all had significantly higher trophic positions than in the other habitats (p < 0.05). The trophic positions of S. hasta and L. japonicus were both highest in the S. salsa habitat (3.58 ± 0.14 and 3.94 ± 0.22, respectively), followed by the Z. japonica habitat (3.44 ± 0.13 and 3.62 ± 0.41, respectively), and were lowest in the S. alterniflora habitat (3.08 ± 0.26 and 3.32 ± 0.30, respectively).




Figure 3 | Trophic positions (mean ± SD) identified based on the δ15N values of consumer trophic groups collected from the Phragmites australis (PA), Suaeda salsa (SS), Spartina alterniflora (SA), and Zostera japonica seagrass (ZJ) habitats along the coastal topographic gradient in the Yellow River Delta wetland. Abbreviations for the trophic groups: Biv, bivalves; Ca, Carassius auratus; Cra, crabs; Gas, gastropods; Ins, Insects; Lj, Lateolabrax japonicus; OtC, other crustaceans; Ph, Planiliza haematocheila; Pol, polychaetes; Sh, Synechogobius hasta; Shr, shrimp; Zoo, zooplankton. The position of consumers on the x-axis from left to right represents an increase in the mean trophic position of the consumers across the four habitats. Significant differences in the trophic positions of the consumers among the four habitats were evaluated by one-way ANOVA (*p < 0.05; ***p < 0.001). Bars for a given trophic group that are labeled with different letters differ significantly (Tukey’s HSD test, p < 0.05).






Trophic Diversity of Trophic Groups

The corrected standard ellipse areas (SEAc) for different assemblages across the four habitats were calculated by SIBER analysis to identify their relative trophic diversity (Figure 4 and Supplementary Table 6). SEAc ellipses for the carbon sources, all consumers combined, and individual consumer trophic groups differed among the four habitats in size, shape, and position in the δ13C vs. δ15N plots, which suggested that some trophic groups had shifted their trophic niche along the coastal topographic gradient. In the S. alterniflora and Z. japonica habitats, the positions of the SEAc ellipses for the carbon sources, all consumers combined, gastropods, and S. hasta showed higher δ13C and δ15N values than in the P. australis and S. salsa habitats (Figures 4A, B, E, I). In addition, the SEAc of bivalves and crabs showed higher δ15N values in the S. alterniflora and Z. japonica habitats than in the S. salsa habitat (Figures 4D, F).




Figure 4 | Corrected standard niche ellipses (solid lines) and convex hulls (dashed lines) for the isotope-based niche areas of (A) the carbon sources, consisting of detritus and primary producers; (B) all consumers combined; and (C-J) individual consumer trophic groups for the Phragmites australis (PA), Suaeda salsa (SS), Spartina alterniflora (SA), and seagrass Zostera japonica seagrass (ZJ) habitats along the coastal topographic gradient in the Yellow River Delta wetland. Graphs were produced using the SIBER package implemented in the R software. Each point shows the δ13C and δ15N values for a sample, with colors based on the habitat where this data was collected. The ellipses, hulls, and data points for a given consumer trophic group collected in a given habitat in (C) to (J) are only provided when the sample size is ≥ 5.



Regarding the size of SEAc, S. alterniflora habitat had the smallest SEAc for both carbon sources (11.32‰2) and all consumers combined (25.86‰2) (Figure 4 and Supplementary Table 6). Specifically, for zooplankton, SEAc was largest in the S. salsa habitat (22.51‰2) and smallest in the S. alterniflora habitat (4.91‰2). Bivalves and crabs gradually had larger SEAc from the S. salsa habitat to the S. alterniflora and Z. japonica habitats. Gastropods had the largest SEAc in the S. alterniflora (27.41‰2), followed by the Z. japonica habitat (13.62‰2), with lower values in the P. australis and S. salsa habitats (< 9‰2). P. haematocheila and S. hasta both had the largest SEAc in the P. australis habitat (22.90‰2 and 10.41‰2, respectively), whereas C. auratus had the largest SEAc in the S. alterniflora habitat (29.08‰2). Variation of SEAc of L. japonicus among the four habitats was small, with values ranging from 1.53‰2 to 4.47‰2.

Supplementary Table 7 summarizes the overlaps of the ellipses among the four sites. Trophic groups showed high overlaps among the four habitats (Figure 4), with overlaps ranging from 24.5% to 60.0% for the carbon sources, and from 27.7 to 81.5% for all consumers combined. In addition, only the overlaps for zooplankton between the P. australis and S. alterniflora habitats and for bivalves between the S. salsa and Z. japonica habitats were lower than 6%.

Layman’s community metrics also varied across habitats, but with strongly different patterns (Figure 5). CR, TA, and CD showed similar patterns across the four habitats, with their highest values in the S. salsa habitat, followed by the P. australis or Z. japonica habitat, and the lowest values in the S. alterniflora habitat. This contrasts with the NR metric, which was lowest in the S. salsa habitat and highest in the S. alterniflora habitat. MNND was highest in the S. salsa habitat, followed by the P. australis and S. alterniflora habitats, but lowest in the Z. japonica habitat. Whereas SDNND was highest in the Z. japonica habitat, followed by the S. salsa habitat, and lowest in the P. australis habitat.




Figure 5 | Boxplots representing Bayesian model estimates for six Layman community metrics: (A) the δ13C range (CR), (B) the δ15N range (NR), (C) the total area (TA), (D) the mean distance to the centroid (CD), (E) the mean nearest-neighbor distance (MNND), and (F) the standard deviation of the nearest-neighbor distance (SDNND) across the Phragmites australis (PA), Suaeda salsa (SS), Spartina alterniflora (SA), and Zostera japonica seagrass (ZJ) habitats along the coastal topographic gradient in the Yellow River Delta wetland.





Food Web Trophic Structure and Topological Properties

The SIAR modeling revealed high variability in the diet compositions of the consumer trophic groups across the four habitats (Figure 6), except for insects, shrimps, and polychaetes. Diagrams of the trophic structure of these food webs were shown in Supplementary Figures 1–4. The diet composition of zooplankton was relatively evenly distributed in the P. australis and Z. japonica habitats, with POM and phytoplankton accounting for 60% and 40% in the P. australis habitat, and 54% and 46% in the Z. japonica habitat, respectively. Whereas zooplankton relied almost exclusively on phytoplankton (ca. 83%) in both the S. salsa and S. alterniflora habitats. Bivalves showed a slight dietary preference for phytoplankton (61%) in the S. salsa habitat, but depended on POM (59%) in the Z. japonica habitat. Bivalves had a particularly high preference for POM (89%) in the S. alterniflora habitat. Gastropods had relatively evenly distributed diet compositions, with the highest contribution by P. australis (37%) in the P. australis habitat. In the other three habitats, gastropods mostly relied on SOM (53, 47, and 44% for the S. salsa, S. alterniflora, and Z. japonica habitats, respectively), followed by S. alterniflora (32%) in the S. alterniflora habitat and microphytobenthos in the S. salsa and Z. japonica habitats (ca. 30%). A range of prey contributed to the diet of crabs in these four habitats, with the highest contribution of 24% from P. australis in the P. australis habitat, ca. 19% from SOM in the S. salsa and Z. japonica habitats, and 24% from POM in the S. alterniflora habitat. Large differences were evident in the dietary composition of the other crustaceans across the four habitats; they relied substantially on POM in the P. australis habitat (85%) and S. alterniflora habitat (63%), but only approximately 50% on both SOM and POM in the S. salsa and Z. japonica habitats.




Figure 6 | Diet compositions for each trophic group (in the columns) foraging on its prey (in the rows) in the (A) Phragmites australis, (B) Suaeda salsa, (C) Spartina alterniflora, and (D) Zostera japonica seagrass habitats along the coastal topographic gradient in the Yellow River Delta wetland. Color intensity is proportional to the magnitude of the diet contributions of the prey to the consumer trophic groups. Abbreviations for the trophic groups: Abbreviations for the trophic groups: Biv, bivalves; Ca, Carassius auratus; Cra, crabs; Gas, gastropods; Ins, Insects; Lj, Lateolabrax japonicus; Mic, microphytobenthos; OtC, other crustaceans; Pa, Phragmites australis; Ph, Planiliza haematocheila; Phy, phytoplankton; Pol, polychaetes; POM, particulate organic matter; Sa, Spartina alterniflora; Sh, Synechogobius hasta; Shr, shrimp; SOM, sediment organic matter, Ss, Suaeda salsa; Zj, Zostera japonica; Zoo, zooplankton.



The fish P. haematocheila, C. auratus, and S. hasta all had broad diet compositions, with no dominant prey. However, microphytobenthos accounted for 38% of the diet of C. auratus, and S. hasta preferred polychaetes and shrimp in the S. salsa habitat but zooplankton and crabs in the S. alterniflora habitat. L. japonicus had obvious diet preferences across these habitats; it preferred shrimps (46%) and S. hasta (30%) in the S. salsa habitat, shrimps (41%) and crabs (27%) in the S. alterniflora habitat, and all three prey (ranging from 20 to 26%) in the Z. japonica habitat.

We observed clear differences among the four habitats in the food web topological properties (Table 1). S, L, LD, I, and O were all higher in the S. alterniflora and Z. japonica habitats than in the S. salsa habitat, and were lowest in the P. australis habitat. In contrast, C, T, B, and MaxSim showed the opposite pattern, though the differences were very small.


Table 1 | Topological properties of the food webs in the Phragmites australis (PA), Suaeda salsa (SS), Spartina alterniflora (SA), and Zostera japonica seagrass (ZJ) habitats along the coastal topographic gradient in the Yellow River Delta.






Discussion

Despite the challenges in resolving empirical coastal food webs on a large scale, this study disentangled the spatial variation of the trophic diversity of trophic groups and the structure of the entire food web across variable vegetated habitats along a coastal topographic gradient in the Yellow River Delta. Our two initial hypotheses were both confirmed. Specifically, the measured stable isotope ratios of the trophic groups, the trophic positions of consumers, the isotopically defined trophic diversity, the quantitative diet compositions, and the topological properties all varied markedly along the coastal topographic gradient. However, we found no consistent trend for multiple metrics of trophic diversity and trophic structure. It is worth noting that trophic groups in the habitat dominated by invasive S. alterniflora mostly had rather low values of isotopically defined trophic diversity. The seaside habitats had higher values of food web topological properties than the higher-elevation habitats in terms of species richness, number of trophic links, and linkage density; that is, they had more complex food webs.


Spatial Variability in Trophic Diversity of the Trophic Groups Along the Topographic Gradient

Our measured δ13C values for the carbon sources in the four habitats were similar to those that were previously reported for temperate estuarine and coastal ecosystems in other parts of the world (Bristow et al., 2013; Park et al., 2017; Kim et al., 2020). However, our δ13C value for Z. japonica seagrass (-13.8 ± 0.3‰) was slightly lower than that for the same species along the Gudong embankment in the Yellow River Delta’s coastal wetland (-11.7 ± 0.4‰) (Li et al., 2021) and lower than the range in a review of 31 studies in seagrass ecosystems (-10 to -11‰) (Hemminga and Mateo, 1996), but approached the values (-10.1 to 14.0‰) in some temperate seagrass beds (e.g., Hanson et al., 2010; Mittermayr et al., 2014). We found that the C4 plants of S. alterniflora and Z. japonica seagrass were significantly more 13C-enriched than the C3 plants of P. australis and S. salsa, probably due to their different photosynthetic pathways (Peterson and Fry, 1987). SOM was more 13C-enriched than POM in all four habitats, which is consistent with a previously reported separation between pelagic and benthic carbon sources (Kiljunen et al., 2020). However, our comparisons between pelagic algae (i.e., phytoplankton) and benthic algae (i.e., microphytobenthos) tended to be confused among the four habitats. That is, phytoplankton were more 13C-depleted than microphytobenthos in both P. australis and Z. japonica habitats, but less 13C-depleted in the S. salsa and S. alterniflora habitats.

The phytoplankton δ13C values (ca. -15‰) in the S. salsa and S. alterniflora habitats were lower than the values commonly observed in temperate waters (-22 to -20‰; Cresson et al., 2012). We hypothesize that our conservative estimates for the phytoplankton stable isotope signatures in the two habitats were either influenced by water salinity and dissolved inorganic carbon (Careddu et al., 2015) or due to the fact that the collected phytoplankton may reflect a combination of phytoplankton, microorganisms, and POM of undefined origins (Young et al., 2021). The lower δ13C values for SOM in the higher-elevation P. australis habitat compared with the lower-elevation S. alterniflora and Z. japonica habitats are consistent with the findings of Park et al. (2017), and are also consistent with observations that the δ13C values of POM in freshwater are significantly lower than those in saltwater (Dibble and Meyerson, 2014; Ye et al., 2017). The microphytobenthos δ13C values in the P. australis and Z. japonica habitats (ca. -15‰) were slightly higher than those in the S. salsa and Z. japonica habitats (ca. -19‰), but were comparable with the range (-14.8 ± 0.8‰) reported in coastal wetlands (Kim et al., 2020).

The overall δ13C range of the consumers collected from the P. australis habitat was narrow and the values were lower than those in the other three habitats, possibly reflecting the carbon isotopic signatures of the dominant primary producer (Wozniak et al., 2006). Similarly, Park et al. (2015) showed that the δ13C values of consumers in P. australis habitat were lower than those in the Suaeda japonica habitat. Garcia et al. (2018) showed an overall increasing trend in mean consumer δ13C values along a river–estuary–surf zone transect. Higher consumer δ15N values were found in the seaside habitats (i.e., the S. salsa, S. alterniflora, and Z. japonica habitats) than in the P. australis habitat, which is in line with the findings of Kim et al. (2020). The highest trophic position for all consumers combined was observed in the S. salsa habitat, followed by the Z. japonica habitat, and was lower in the S. alterniflora and P. australis habitats. The trophic positions are comparable to the value (3.76) for the highest trophic position reported in the lower reaches of the Yangtze River (Mao et al., 2016). We found the highest trophic position for the sea bass, L. japonicus, in the S. salsa, S. alterniflora, and Z. japonica habitats, which is consistent with recent studies showing that L. japonicus is a typical top predator in China’s coastal and offshore waters (Islam et al., 2011; Li et al., 2021). It is worth noting that the four fish species, as well as the zooplankton, bivalves, crabs, and shrimps, had the lowest average trophic positions in the habitat dominated by the invasive S. alterniflora habitat. Thus, we hypothesize that S. alterniflora, despite its dense distribution pattern and high biomass, transferred less primary productivity to higher trophic levels. This is might because consumers rarely ingest S. alterniflora directly (Wittyngham, 2021). In addition, S. alterniflora detritus is largely buried in sediments as plant-derived carbon affected by the decomposition of microorganisms or washed to adjacent coasts due to tidal dynamics, which both imply that its production is rarely recycled to higher trophic levels (Yan et al., 2019; Zhang et al., 2021).

Based on the trophic diversity revealed by the SIBER analysis, the habitat dominated by invasive S. alterniflora showed weak ecosystem functioning, as it had the lowest SEAc, CR, TA, and CD values for carbon sources and for all consumers combined. This suggests that there was a low separation in δ13C values among carbon sources in the habitat, and that consumers tended to have similar niche signatures (Abrantes et al., 2014). Similarly, Feng et al. (2018) found that communities in S. alterniflora habitat had lower SEAc than natural mangrove forests, indicating significant resource competition among different consumers in the S. alterniflora habitat.

We observed a large overlap among the ellipses for all consumers combined in the S. salsa, S. alterniflora, and Z. japonica habitats, indicating high competition in resource utilization among consumers in the three habitats. In contrast, consumers in these three habitats overlapped less with the P. australis habitat, suggesting a large habitat heterogeneity between the P. australis habitat and the three habitats. This is probably mainly due to the composition of the macroinvertebrate consumers, which were dominated by insects in the P. australis habitat, but were dominated by bivalves, gastropods, and polychaetes in the S. salsa, S. alterniflora, Z. japonica habitats due to their living habits in brackish water and saltwater (Dauer et al., 2010; Li et al., 2020).



Habitat Heterogeneity Created Highly Variable Food Webs Along the Topographic Gradient

Though insects, shrimps, and polychaetes showed little variation across the four habitats, other consumers and the overall food web trophic structure displayed high variation based on the SIAR analysis. Zooplankton showed a much higher reliance on phytoplankton in the S. alterniflora and Z. japonica habitats than in the P. australis and S. salsa habitats, indicating that the S. alterniflora and Z. japonica habitats are strongly influenced by nutrition imports from the adjacent marine ecosystem (Heck et al., 2008). Bivalves, as typical filter-feeding organisms, showed dietary preferences for POM and phytoplankton, which is consistent with previous studies (Atkinson et al., 2014; Li et al., 2021). Gastropods showed a slight preference for direct feeding on P. australis, S. salsa, and seagrass, but ca. 32% of the diet was S. alterniflora. Similarly, Feng et al. (2014) found that gastropods in a Spartina wetland derived more than 80% of their organic carbon from Spartina. In agreement with previous studies (Evrard et al., 2012; Kim et al., 2020), we also found that gastropods relied greatly on SOM and the microphytobenthos. Unfortunately, we did not sample epiphytes attached to plant leaves, which have been determined to be one of the main energy providers to gastropods, especially in seagrass meadows (Cook et al., 2011; Voigt and Hovel, 2019). Crabs showed highly generalist feeding in the Yellow River Delta coastal wetland, as they fed on both pelagic and benthic carbon sources, as well as on detritus and primary producers. Together with their high abundance in coastal wetlands, crabs are a key component of coastal food webs, and their trophic interactions play a fundamental role in maintaining food web stability (Vermeiren et al., 2015; Hoy et al., 2019).

Since we defined a trophic group as a species cluster that shares the same prey and predators, we considered less complex food webs than in some previous studies conducted in estuarine and coastal wetlands (Vinagre and Costa, 2014; Careddu et al., 2015; Mendonça et al., 2018). Despite the small variation in the number of trophic groups, we found that other topological properties differed along the topographic gradient. The linkage density values of the four habitats (2.54 to 3.00) were lower than previously reported values (ca. 2.5 to 3.8) in an estuary–coastal system (Vinagre and Costa, 2014) and some other aquatic ecosystems (Mor et al., 2018; Kortsch et al., 2019), but fell with the range (1.6 to 25.1) for empirical food webs reported by Dunne et al. (2002). We found that our seaside habitats had higher values of the topological metrics than the higher-elevation habitats, similarly, Vinagre and Costa (2014) found upper estuary had the lowest values of linkage density than habitats in the lower estuary. The proportion of omnivorous consumers in our study ranged from 38 to 44%, which was much higher than the values (11 to 20%) reported in a riverine ecosystem (Mor et al., 2018) and (11 to 39%) in intertidal pools (Mendonça et al., 2018), but lower than the reported range (45 to 65%) for estuarine wetlands (Vinagre and Costa, 2014).



Implications for Coastal Wetland Conservation and Management

Recent research on food web changes along a coastal topographic gradient has been scarce (e.g., Robson et al., 2017) compared to the number conducted along variable environmental gradients in riverine ecosystems (Mor et al., 2018), lacustrine ecosystems (van der Lee et al., 2021), and marine ecosystems (Kortsch et al., 2015; Nordström and Bonsdorff, 2017). This is an important research gap, since coastal wetlands display significant variations in environmental factors and biological signatures such as the community composition, species stress tolerance, and trophic niche width. Thus, the heterogeneous habitats should create highly variable food web characteristics along coastal environmental or geographic gradients, which agrees with the results of our study. With the intensification of human coastal activities such as seashore reclamation, ditch diversion, and aquaculture, the habitat heterogeneity of coastal wetland has been both, directly and indirectly, decreased, leading to a decrease in species taxonomic and functional diversity, and ultimately resulting in a more homogeneous ecosystem with relatively similar food web attributes (Feit et al., 2019; Li et al., 2019). This will ultimately pose a major threat to biodiversity conservation, ecosystem functions, and the maintenance of ecosystem resilience (Thrush et al., 2008; Lohrer et al., 2015).

The invasive species S. alterniflora showed relatively weak ecosystem functions compared with the adjacent communities of native S. salsa and seagrass, especially in terms of the trophic positions of consumers and the isotopically defined trophic diversity. This suggests that S. alterniflora wetland has not formed a healthy ecosystem and has not effectively performed ecosystem functioning, even though the invasion began about 10 years before our study. Given the rapid expansion of this species, with its area increasing by 50,204 ha during the past 25 years along the Chinese coastline (Mao et al., 2019), our results suggest that more protective measures should be taken to limit its spread and thereby protect or enhance the function of coastal ecosystems. Recently, many studies have tried to identify the effects of the invasion by S. alterniflora to better control and remove the species (Ainouche and Gray, 2016; Meng et al., 2020). Unfortunately, managing this species at an ecosystem scale has proven difficult (Wails et al., 2021). Further studies will be needed to investigate how ecosystem functions such as energy transfer efficiency and ecosystem stability are affected by the S. alterniflora invasion. The results should provide new insights that will lead to the development of more effective management strategies with practical and attainable goals.




Conclusions

In this study, we combined the isotopically defined trophic diversity from the SIBER analysis with the quantitative trophic structure from the SIAR analysis to investigate the spatial variation of empirically resolved food webs across variable vegetated habitats along a coastal topographic gradient. Although we didn’t reveal a continuous overall trend for changes in the food web characteristics due to inconsistent trends for different metrics of trophic diversity and structure, we nonetheless observed that the δ13C values of the carbon sources and the δ15N values of the consumers were both higher in the seaside habitats than in the higher-elevation habitats. The habitat dominated by invasive S. alterniflora had the lowest values for most metrics in the SIBER analysis, indicating weak ecosystem functioning in terms of the trophic niche characteristics. The relative diet contributions for the consumers varied greatly among the four habitats, except for shrimps and polychaetes. The complexity of the food webs increased along the gradient from upland to near-shore habitats in terms of the species richness, the number of trophic links, and the linkage density. In addition, the proportions of intermediate consumers and omnivores and the average trophic level also increased along this gradient. Overall, we found that habitat heterogeneity formed highly variable food webs along the topographic gradient. This knowledge will enhance our ability to protect the coastal habitat heterogeneity, which plays a decisive role in maintaining biodiversity and ecosystem functions. Based on our results, we propose that more attention should be paid to the habitat dominated by invasive S. alterniflora in China’s coastal wetlands, and that adaptive and effective management should be implemented at an ecosystem scale to mitigate the impacts of this invasion.
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The spread of Spartina alterniflora (smooth cordgrass) has put biodiversity and ecosystem function at risk since it was introduced to China just a few decades ago. A better understanding of how the range of S. alterniflora will expand in the future will help manage the invasion of this species in coastal wetlands. However, it is difficult to model the future extent of Spartina saltmarshes in China. To address this issue, we combined multi criteria evaluation with traditional CA Markov model to provide robust forecasting of the spatial expansion of S. alterniflora for the next ten years, at Dafeng Milu National Nature Reserve, Jiangsu, China. Our results showed that, compared with the interpretation results of high-resolution remote sensing images in 2020, the kappa coefficient of verification accuracy was 82.63%, indicating that the MCE-CA-Markov model has good prediction results. Therefore, the model can forecast the expansion process of S. alterniflora over the next ten years. The model predicts that the area of S. alterniflora continued to decrease from 910.25 ha in 2020 to 881.21 ha in 2030. The spatial distribution of S. alterniflora has been decreasing on the landward side while it has been expanding towards the sea on the seaward side. This study provides some suggestions for effective management and control of invasive species, which could be important for wetland biodiversity conservation and resource management.
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1 Introduction

Coastal wetlands are located in marine-terrestrial interlaced zones, which are critical in maintaining global biodiversity and ecological balance, offering important ecological service functions and economic values (Edwards and Mills, 2005; Zhang et al., 2005). Meanwhile, coastal wetlands are also a typically ecologically sensitive ecosystem,particularly within the context of increasing human activity and global change, and hence they are vulnerable to invasion by alien organisms (Ehrenfeld, 2010; Comeaux et al., 2012). Because Spartina alterniflora (S. alterniflora) is adaptable and has a high diffusion capacity, it has expanded extensively along the coast of China. Indeed, it has been one of the most widespread invasive plants in coastal wetlands (Liu, 2018a; Liu et al., 2018b; Yan et al., 2021; Yan et al., 2022). Tremendous researches has demonstrated that the invasion of S. alterniflora has resulted in severe ecological crises through its reshaping of the structure and function of the original coastal wetland ecosystem (Grosholz et al., 2009; Page et al., 2010). Consequently, accurate modelling and forecasting of the temporal and spatial dynamics of S. alterniflora expansion in the future is urgently needed. Moreover, anticipating the expansion of S. alterniflora in coastal wetlands will be a significant step towards the protection and ecological management of coastal ecosystems (Luan et al., 2020; Yan et al., 2021).

With the continuous improvement of remote sensing and geographic information systems, the research on the expansion of S. alterniflora community tends to be more accurate (Luan et al., 2020). Research into the spatial dynamic change of S. alterniflora in China mainly focuses on the spatial expansion and driving mechanisms of this species (Milzow et al., 2010; Wang, 2014; Luan et al., 2020). Wang et al. (2017) inverted the aboveground biomass of S. alterniflora using hyperspectral data and LiDAR data in Dafeng, Jiangsu Province. The biomass of S. alterniflora in coastal wetlands was recorded with high precision, providing an accurate and effective monitoring method for the spatial patterns of invasive S. alterniflora (Wang et al., 2017). Zhou et al. (2017) inversed S. alterniflora plant height by constructing two parameters of vegetation coverage and aboveground biomass based on SPOT6 high-resolution remote sensing images. The results showed that the estimation error of this method is small and the inversion result is feasible (Zhou et al., 2017). Therefore, high spatial resolution remote sensing images can reflect the geometric structure and texture information of ground objects in more detail. To better understand the invasion dynamics and driving mechanisms of S. alterniflora, simulation prediction models are important for dynamically simulating and predicting the spatial dispersal process of S. alterniflora (Zheng et al., 2015; Xie and Han, 2018). At present, the models for researching landscape pattern dynamics mainly include Markov chain models (Markov), cellular automata models (CA), and cellular automata-Markov (CA-Markov) models (Ruishan and Suocheng, 2013; Qin et al., 2020; Zhang et al., 2021; Yao et al., 2022a). The CA Markov model has the advantages of Markov models for time series and CA models for spatial forecasting (Mitsova et al., 2011; Yang et al., 2014; Zheng et al., 2015; Yao et al., 2022a). Huang et al. (2008) input elevation parameters to the transition rules and controlled the expansion speed by the selective Moore radius in the CA model (Huang et al., 2008). Zhang et al. (2021) only considered the asexual reproduction of S. alterniflora, and simulated the expansion dynamics of this species with a cellular automata model based on the spatial distribution of S. alterniflora, in the Yellow River Delta from 2014 to 2018 (Zhang et al., 2021). Multi criteria evaluation (MCE) is applied to the suitability atlas module of the CA-Markov model, which can combine multiple factors into restrictive factors of the transformation model, making the model both more scientific and more practical. Qiu and Lu (2018) added driving mechanisms for suitability analysis and predicted the expansion dynamics of S. alterniflora in 2018, 2022, 2026, and 2030 with a CA Markov model (Qiu and Lu, 2018). Qin et al. (2020) constructed an MCE-CA-Markov composite model to simulate landscape pattern changes using four Landsat remote sensing images from 2000–2015 (Qin et al., 2020). However, the above researches only concentrated on the spatial expansion law of S. alterniflora to predict its possible expansion dynamics. These models are only empirical in essence, and the spatial resolution of remote sensing images is not high. Moreover, internal driving factors such as hydrology and soil that affect the expansion of S. alterniflora failed to consider the suitability atlas module of the CA-Markov model. Therefore, the way to predict the spatial expansion dynamics of S. alterniflora is still not well understood and needs to be improved. Numerous studies have shown that tidal inundation and soil salinity are the key factors affecting the ecological characteristics of S. alterniflora (Burns, 2011; Moffett and Gorelick, 2016; Luan et al., 2020). Yan et al. (2022) showed that elevation and soil salinity are the main internal environmental drivers affecting the growth of S. alterniflora, and the number of elk and artificial ditches are the external factors affecting the growth of S. alterniflora (Yan et al., 2021). Therefore, fully considering the natural and human factors affecting the expansion of S. alterniflora is important for examining the expansion of S. alterniflora.

The biggest innovation of the present study is that we combined high resolution remote sensing images and the natural and human factors affecting the expansion of S. alterniflora to provide robust predictions for spatial expansion of S. alterniflora at Dafeng Milu National Nature Reserve over the next 10 years, with MCE-CA-Markov. In summary, the aims of this study were as follows: (1) to generate suitability maps of S. alterniflora based on the multi-criteria evaluation module (MCE); and (2) to forecast the expansion of S. alterniflora for the next 10 years by combining MCE with a traditional CA Markov model. This study not only provides suggestions for effective management and control of invasive species, but also provides scientific guidance for the promotion of coastal ecosystem protection and ecological management in Jiangsu.



2 Materials and methods


2.1 Study area

Dafeng Milu National Nature Reserve (DMNNR; 32°56′ N–33°36′ N, 120°42′ E–120°51′ E) is located in the southeast of Dafeng, Yancheng, in Jiangsu. The DMNNR was considered to be the first and largest wildlife nature reserve in the world for Elaphurus davidianus (Père David’s deer). The Ramsar Wetland Convention Organization designated the DMNNR as a wetland of international importance, in 2002 (Lu et al., 2018; Yan et al., 2021). The present study took the third core area of DMNNR and its tidal flat as the research area (25 km2), which silted up in the last 30 years (Figure 1). The third core area is a coastal tidal wetland and a wild pasture for E. davidianus, with few human activities.




Figure 1 | The location of the DMNNR, Jiangsu, China. The background image is the high resolution unmanned aerial vehicle (UAV) image with a natural true color composition (acquisition date: 2020/08/13).



Soil and water salinity is more than 30‰ all year round, which is especially suitable for the growth of S. alterniflora. Thus, S. alterniflora spreads rapidly in coastal tidal flats, encroaching on a large area of light beaches. At present, S. alterniflora accounts for 70% of the study area and is becoming the single, absolutely dominant, species in the study area (Ping et al., 2012; Zhu et al., 2016; Liu et al., 2018b). To effectively control the invasion of S. alterniflora and create a suitable habitat for birds and wild E. davidianus in DMNNR, since 2011 the government has been building small embankments and artificial ditches. A total of 2.5 km of small dykes and 10 km of artificial freshwater ditches were built to meet the needs of various wild animals and to control the spread of S. alterniflora (Figure 1). DMNNR reported that the number of wild E. davidianus individuals increased from 9 in 1999 to 1820 in 2020, which resulted in a decrease in S. alterniflora by foraging and trampling (Yan et al., 2021).



2.2 Data acquisition and preprocessing


2.2.1 Remote-sensing imagery and preprocessing

Land cover data were acquired from WorldView-2 (WV-2) and UAV Dabai-II high-resolution images from 2010 to 2020. The WV-2 image was purchased from AIRBUS, including a panchromatic band of 0.5 m spatial resolution and four multi-spectral bands (blue: 450–510 nm; green: 510–580 nm; red: 630–690 nm and near-infrared: 770–895 nm) at 1.8 m spatial resolution. The optical image of the WV-2 satellite on November 9, 2010 was obtained during a low tide period that was free from cloud coverage (Figure 2A). WV-2 images were preprocessed with ENVI 5.4 for radiometric calibration, atmospheric correction, pan-sharpening, and image registration. We applied the Gram-Schmidt pan sharpening method to merge the panchromatic and multi-spectral bands of the WV-2 image. Ground control points (GCPs) were measured by Trimble R8 GNSS RTK for the geographic registration of images with at least 50 GCPs evenly distributed in WV-2 image. The root mean squared error (RMSE) of geometric rectification was less than 0.5 pixels. Two UAV flights (wingspan 2.7 m; flight height: 500 m; flight speed: ∼30 m/s) were conducted during the low tide, on August 13, 2020. To avoid the impact of lighting conditions on the flight, the UAV flights were completed within a short time frame (<1 h). There was sufficient image overlap for image processing (>60% forward overlap and > 40% side overlap). More than 1000 camera images were collected. Finally, a set of position and orientation system dates (POS) and original RGB images were processed, in Photoscan, to generate a very high resolution (40 cm) RGB orthophoto and point cloud with 40 points/m2 covering the entire study area.




Figure 2 | The spatial dynamics of Spartina saltmarshes between 2010 and 2020 in the DMNNR. (A) Data from WorldView-2 in 2010, (B) UAV Daibai-II image in 2020, and (C) wetland landscape classification results in 2010 and in (D) 2020.



To reduce positioning error, the digital orthophoto map (DOM) and point cloud data were spatially registered based on 50 ground control points (Figure 2B). To reduce the potential position errors among these images, all images were resampled to a pixel size of 0.5 × 0.5 m and projected to the Universal Transverse Mercator (UTM). We applied object-oriented and visual interpretation to map the spatial distribution of different features from 2010 to 2020 (Figures 2C, D). To analyze the accuracy of S. alterniflora data, we performed field sampling in August 2020. Ground surveys were conducted, with 140 sampling points (Figure 1) and overall was greater than 85%. The spatial distribution of artificial ditches was extracted by vectorizing the central axis of the ditches using visual interpretation based on ArcGIS spatial analysis tools.



2.2.2 Field sampling and lab analysis

Large-scale field vegetation sampling was conducted in the August 2020. It collected 140 sample points with a 500 m measurement interval. Three quadrats (100 cm × 100 cm) were laid out at each sample point, and a total of 420 sampling sites were collected (Figure 1). Geographical information was recorded for each sample point using a Trimble Geo7X differential GPS. At the same time, soil was collected from 0 to 20 cm depth using a soil drill, and then sieved through a 2 mm screen mesh. To measure soil salinity using the drying method, a 1:5 soil: water extract solution was prepared (Bao, 2000).



2.2.3 Digital elevation model and spatial distribution of soil salinity

Based on the point cloud with 40 points/m2 from UAV high-resolution images, first, digital surface model (DSM) was constructed based on the grid and texture of the point cloud using the multi-view 3D reconstruction technology in Agisoft PhotoScan 1.2.5 (Agisoft LLC, 2014). The point cloud have different color, classification value, intensity value, etc. So we can identify vegetation points from ground points based on 3D point cloud with real object colors and geometric characteristics. However, the point cloud cannot reach the bare surface due to the dense S. alterniflora canopies. Therefore, we measured the elevation data for dense S. alterniflora canopies using a Trimble R8 GNSS GPS-RTK with 5 mm positioning accuracy, obtaining 123 elevation data (Figure 3A). Finally, we combined 123 elevation data for dense S. alterniflora canopies and ground points to generate digital elevation model (DEM) with 40 cm resolution (Figure 3A).




Figure 3 | Digital elevation model in the DMNNR (A), and spatial distribution of soil salinity (B).



Inverse distance weighting (IDW) is based on the principle of similarity. It assumes that each simulated value is affected by the distance of the sampling point, and the influence on that sampling point decreases as the distance increases (Hammam and Mohamed, 2020). IDW interpolation is especially suitable for a uniform and dense distribution of sampling points (Zhao et al., 2019; Sheng et al., 2020). Thus, 140 soil samples were collected from 0–20 cm depth (Figure 1). The spatial distribution map of soil salinity was drawn by IDW interpolation in the geostatistical toolbox of ArcGIS 10.5 (Figure 3B).




2.3 Methodologies


2.3.1 Cellular automata model (CA)

The cellular automata model is a discrete spatiotemporal dynamic system, and each cell is a local feature (Chui, 2015). The model depends on the proximity relationship and transformation rules between local cells to simulate complex spatiotemporal dynamics during a specific period of time. A cellular automaton is composed of the cell itself, the state of the cell, a cell neighborhood, and transformation rules (Wolfram, 1984; Sanchayeeta and Jane, 2012). The cell is the most basic unit, and the cell at each time point has a corresponding state. The “S. alterniflora” and “mudflat” in this study are specific cell states at the current time. The neighborhood of a cell is a collection of cells and their surrounding adjacent cells. The distance between adjacent cells is mainly divided into square grids based on Euclidean space, where each cell has eight neighbors. Each cell only depends on the state of the cell and neighboring cells. Its rationale is that the state of a cell automaton at time (t+1) is a function of its state at time (t) (Tiné et al., 2019). A cellular automaton is defined as follows



where f is the transition rule or function of the local space; S is the set of finite and discrete states of the cell; t t+1denotes the transition step, and N is the number of cell neighbors.

CA has powerful spatial-operation capabilities which are suitable for simulating the temporal and spatial dynamics of land cover. However, the factors affecting land cover change are often nonlinear. It is difficult to accurately predict the spatio-temporal dynamics of S. alterniflora by only using the local transformation rules of cellular automata (Qiu and Lu, 2018; Guo, 2019).



2.3.2 Markov model

The Markov model is a spatial transformation model based on raster data. It is a mathematical method for predicting the probability of events. The state and development trend of incidents were predicted by a transition probability matrix between the different time states (Sanchayeeta and Jane, 2012; Song, 2020). The equation is as follows:



where, Nt, Nt+1 represent the land cover types at the two time points; t is time; Pij is the matrix of state transition probabilities.

The temporal and spatial change processes of land cover will be affected by a variety of complex factors. Thus, the transformation between various land cover types is often associated with many uncertain factors. There are certain limitations to predicting the spatial change of land cover by the Markov model. It can accurately simulate the quantitative change of land cover in the future, but cannot simulate the spatial dynamic change of land cover (Song, 2020; Yao et al., 2022a).



2.3.3 MCE-CA-Markov

CA and Markov can both dynamically simulate the spatial changes of land cover. Although the CA model has a powerful spatial analysis function, it is not as good as the Markov model in terms of quantitative numerical calculations. The Markov model is focused mainly on quantitatively simulating changes in land cover types over a long period of time, but cannot predict their spatial distribution. The CA model and Markov model are combined to generate a CA Markov model that has both the capacity of the CA model to simulate the spatial variation of complex systems and the numerical analysis capacity of the Markov model to forecast the long-term dynamic change. The CA Markov model can predict the temporal and spatial patterns of land cover change with high precision (Qiu and Lu, 2018; Qin et al., 2020; Yao et al., 2022a).

The change of land cover types is not only related to the state of the cell itself and its local environment, but is also affected by natural, social, economic, and other factors. Therefore, the biggest innovation of the present study is in fully considering the natural and human factors affecting the expansion of S. alterniflora in DMNNR. The suitability atlas of S. alterniflora was established through the multi standard evaluation system, and the spatial expansion of S. alterniflora in DMNNR was modelled and predicted using the CA-Markov model in the IDRISI software. Due to the IDRISI software has unique vector and raster data formats, meanwhile, all the data have the same geographic coordinate system, projection system, spatial resolution, and boundary range. Therefore, Data generation was conducted in three parts using the IDRISI software: First, we converted all raster data into the same projected coordinate system, and then set the raster size of the land cover type, DEM elevation, and soil salinity spatial distribution to 15 x 15 m. The raster data in ACSII format and the vector data of the Milu affected area and artificial ditch were imported into the IDRISI software and then reclassified. The transfer probability matrix of different land cover from 2010 to 2020 was generated using a Markov model. Second, the elevation, soil salinity, number of elk and artificial ditches were the main drivers affecting external factors affecting the growth of S. alterniflora. They all were quantitatively analyzed with the MCE model to generated suitability maps of wetland landscapes. Third, the transition matrix and suitability maps of S. alterniflora were integrated to simulate the expansion of S. alterniflora in the reserve in 2020 using the MCE-CA-Markov model. Finally, the spatial distribution of S. alterniflora through interpretation of high resolution remote sensing and the simulation results in 2020 were verified using the Kappa coefficient. After the verification for accuracy was passed, the spatial distribution of S. alterniflora in the reverse was simulated and predicted in 2030. The workflow for the MCE-CA-Markov model used in this study is shown in Figure 4.




Figure 4 | Workflow for the MCE-CA-Markov model.







3 Results


3.1 Markov transfer area and probability matrix

The research have revealed the expansion dynamics of S. alterniflora first increased during 1993–2010 but decreased substantially during 2011–2020 after ecological after ecological hydrological engineering and the increase in E.davidianus numbers (Yan et al., 2021). Therefore, to fully considerate the natural and human factors affecting the expansion of S. alterniflora in DMNNR and generate suitability maps of S. alterniflora, we chose spatial distribution map of wetland landscape types from 2010 to 2020 to examine the expansion of S. alterniflora in coastal wetlands. The landscape type transfer area matrix and the probability matrix describe the area change of each landscape type. Meanwhile, it also was considerated as conversion rule to simulate and predict the trends in land cover change in the next time period. Based on the spatial distribution map of wetland landscape types in 2010 and 2020 (Figures 2C, D), we generated the transition area matrix, transition probability matrix, and state transition atlas of wetland landscape types in the DMNNR from 2010 to 2020 using the Markov module in the IDRISI software. The transfer direction, spatial process, and transfer area matrix of wetland landscapes in the reverse from 2010 to 2020 are shown in Table 1. The results indicate that the area of S. alterniflora decreased from 1511.26 ha in 2010 to 910.25 ha in 2020, and mainly changed to mudflats. The area of mudflats mainly changed to S. alterniflora, while the total area converted to S. alterniflora was less than that converted to mudflats. Spatial-temporal dynamics of S. alterniflora in area and distribution were clearly observed from 2010 to 2020. S. alterniflora on the landward side of the study area transformed to mudflats, and the area of S. alterniflora decreased. The distribution of S. alterniflora on the seaward side has been expanding towards the sea, mainly occupying mudflats. The change in water area is greatly affected by tides, which are not the focus of the present study. Therefore, the wetland landscape type transfer area matrix and probability matrix from 2010 to 2020 were used to simulate and predict the dynamic changes of wetland landscape types in 2020.


Table 1 | Area transfer matrix of wetland landscape type change from 2010 to 2020.





3.2 Suitability maps of wetland landscape

The landscape type suitability atlas is an important part of the transformation rules in the CA Markov model, which refers to the spatial probability distribution map of landscape type being transformed into other landscape types. The suitability maps of wetland landscape types are based on the MCE. The MCE consists of a Boolean, the sequential weighted average, and the weighted linear combination method. Evaluation criteria mainly include constraint factors and influence factors. The constraint factor uses the Boolean method to generate restrictive conditions, and the influence factor uses different function modules to generate suitability layers. In the present study, due to tidal flooding, the distribution of water was formed in places with relatively low elevations of tidal creeks. The possibility of such areas transforming into S. alterniflora in a short time is low. Therefore, the distribution of water as the constraint factor of S. alterniflora suitability atlas. Based on the wetland landscape type data in 2020 (Figure 2D), the constraint image of the area of water was obtained by reclassification, where 0 represents the water areas in 2020 and 1 indicates non-water areas in 2020 (Figure 5).




Figure 5 | The constraint image of the area of water, where 0 represents the water areas in 2020 and 1 indicates non-water areas in 2020.



Elevation, soil salinity, artificial ditch, and Milu influence range are the influencing factors to generate the S. alterniflora suitability atlas. The fuzzy module provides monotonically increasing and decreasing S, J, linear, and symmetric parabolic functions. The field investigation found that the influence of artificial ditches and Milu on S. alterniflora was monotonically S increasing. The farther the S. alterniflora was from the tidal creek and the influence range of Milu, the better it grew. The distance of artificial ditches and the range of elk influence was calculated with the distance tool in the IDRISI software. We set the distance from the tidal ditch at 300–5000 m and the range from the Milu distribution area as 500–5000 m (Table 2). Yan et al. (2021) found that the relationship between S. alterniflora and flooding depth, soil salinity showed the same trend and was consistent with the Gaussian model. The plant biomass and height of S. alterniflora first increased and then decreased with elevation and soil salinity. Based on the optimal ecological range of elevation and soil salinity, the range of elevation was 9.74–11.02 m, and the range of soil salinity was 6.48–15.98 g/kg (Table 2). The layers for each influential factor were standardized using a fuzzy geometric function (Figure 6). The resulting standardized layers were mainly distributed from 0 to 255. The closer to 255, the more suitable, while the closer to 0, the less suitable, and the range of the suitable factor distribution was basically consistent with the spatial distribution of S. alterniflora. Finally, the constraint factors and influence factors are weighted and linearly combined to generate the suitability atlas of S. alterniflora based on the MCE.


Table 2 | Conversion of suitability atlas constraints of S. alterniflora.






Figure 6 | Fuzzy standardization of suitability atlas for S. alterniflora: DEM (A); soil salinity (B); artificial ditch (C); Milu influence range (D).





3.3 The simulation and prediction of S. alterniflora by MCE-CA-Markov model

In the CA-Markov model, we input the S. alterniflora data for 2010 and 2020, transfer area and probability matrix of 2010-2020, and the suitability atlas of S. alterniflora. The research interval and the prediction interval should be the same. The optimal parameters of the simulation effect of this study were as follows: number of iterations: 10; filter size: 5 × 5. After long-term operation simulations, the simulation and prediction map of S. alterniflora in 2020 and 2030 was obtained (Figure 7).




Figure 7 | Comparison of the area and spatial distribution of S. alterniflora in DMNNR: (A) interpretation result of S. alterniflora in 2020; (B) prediction of S. alterniflora in 2020; (C) prediction of S. alterniflora in 3030.



First, we compared the interpretation result of S alterniflora in 2020 (Figure 7B) with the simulation and prediction map of S. alterniflora in 2020 (Figure 7A). The simulation results showed that the area of S. alterniflora changed little, with a total reduction of 5.7 ha. The spatial distribution of S. alterniflora was consistent with the interpretation result in 2020. The S. alterniflora turned into mudflats on the landward side, and the expansion of S. alterniflora to the sea was slow on the seaward side (Figure 7A). We tested the accuracy of the simulation result with a kappa coefficient by using the VALIDATE module in the IDRISI software. The kappa coefficient was obtained from statistics on the 2020 interpretation result and 2020 simulation map, which quantitatively reflected the accuracy of the model simulation. The kappa index exceeded 0.8, reflecting the high credibility of the simulation results and indicating that the MCE CA Markov model could be used to simulate the state of S. alterniflora invasion succession in a typical coastal wetland at DMNNR in the future.

The area and spatial distributions of S. alterniflora in 2030 are shown in Figure 7C. The simulation results showed that the change of S. alterniflora from 2020 to 2030 in DMNNR was consistent with the change from 2010 to 2020. The S. alterniflora area in the reserve decreased from 910.25 ha in 2020 to 881.21 ha in 2030. Compared with 2010–2020, the change of S. alterniflora from 2020 to 3030 was small. Spatial-temporal dynamics of S. alterniflora in area and distribution were clearly observed in 2030. Due to the construction of freshwater canals for wild E. davidianus, the amount of wild E. davidianus in the reserve increased, which resulted in a subsequent downward trend in S. alterniflora on the landward side. The spatial distribution of S. alterniflora has been decreasing on the landward side, and transformed into mudflats. However, S. alterniflora on the seaward side continued to expand towards the sea. S. alterniflora has invaded the mudflats of the entire study area on the seaward side. In addition, artificial ditches and E. davidianus in the northwest of the study area have had a considerable impact on S. alterniflora from 2010 to 2020. As S. alterniflora continued to expand to the sea, the impacts of artificial ditches and E. davidianus on S. alterniflora have weakened, and in the future S. alterniflora will continue to expand towards the sea (Figure 7C).




4 Discussion


4.1 The expansion of S. alterniflora in 2030

According to simulations of the spatial-temporal dynamics of S. alterniflora in the reverse during 2020–2030, the area of S. alterniflora continued to decrease from 910.25 ha in 2020 to 881.21 ha in 2030 (Figure 7). The spatial distribution of S. alterniflora has been decreasing on the landward side, while S. alterniflora has continued to expand towards the sea on the seaward side (Figure 7C). In our literature review, we did not find previous studies simulating and predicting the S. alterniflora area in DMNNR. Therefore, to date, the simulation result of S. alterniflora in our study is the only dataset showing the dynamics of S. alterniflora in DMNNR from 2020 to 2030. Several studies have reported the changing of S. alterniflora. Yan et al. (2021) found that the area occupied by S. alterniflora increased first and then decreased at DMNNR, Jiangsu, China from 1993 to 2020. The invasion exhibited a bi-directional pattern -the expansion of S. alterniflora was not only toward the seaward side but also colonized the mudflat area in the opposite direction, from 1993 to 2010. It continued to expand towards the sea on the seaward side from 2010 to 2020 (Yan et al., 2021). Li (2021) used the ANN-CA model to simulate and predict the expansion dynamics of S. alterniflora in Jiuduansha Nature Reserve. The results showed that S. alterniflora will expand further although the expansion rate will decrease, and it will mainly expand towards the sea, competing with Scirpus mariqueter (Li, 2021). Huang et al. (2008) simulated the community dynamics of S. alterniflora and Phragmites australis in Jiuduansha based on the cellular automata model. Their model predicted that S. alterniflora will continue to expand toward the sea for a long time into the future (Huang et al., 2008).The findings of these previous studies are generally consistent with the results of the present study.



4.2 Potential and reliability of the MCE-CA-Markov model

The integrated MCE-CA-Markov model was used to simulate the future S. alterniflora pattern in DMNNR. First, the simulated S. alterniflora distribution pattern for 2020 was compared with the actual pattern through spatial visual comparison, and kappa coefficient was 82.63%. This indicates that factors influencing the progression of S. alterniflora from 2010 to 2020 can be used effectively to extract transition rules in order to predict the S. alterniflora pattern for 2030. There are two main factors that needed to be accounted for successfully simulate S. alterniflora in this piece of research: high-precision spatial distribution dates of S. alterniflora and suitability atlas of S. alterniflora. For this work, high spatial resolution remote sensing images can reflect the geometric structure and texture information of ground objects in more detail. Analysis of land use characteristics at high levels of precision is important to reveal the internal laws and driving mechanisms of land use change (Jiang et al., 2021; Wang and Wang, 2022). Wang and Wang (2022) undertook quantitative research on the characteristics of land use structure from 2005 to 2025, and the result showed that land use research involves different spatiotemporal scales, and different scales can only answer different ecological problems (Wang and Wang, 2022). The expansion of the S. alterniflora community is mainly affected by hydrological, climatic, soil, and topographic environmental factors, and S. alterniflora is mainly distributed in the direction parallel to the coastline (Burns, 2011; Li, 2018). Numerous studies have shown that tidal inundation and soil salinity are the key factors affecting the ecological characteristics of S. alterniflora (Burns, 2011; Moffett and Gorelick, 2016; Luan et al., 2020). Yan et al. (2022) showed that elevation and soil salinity are the main internal environmental drivers affecting the growth of S. alterniflora, and the height, biomass, flooding depth, and soil salinity all conformed to the Gaussian model. Thus, based on the optimal ecological range of elevation and soil salinity, we obtained the range of elevation and soil salinity (Yan et al., 2022). Yan et al. (2021) analyzed the spatial-temporal change of S. alterniflora in coastal wetlands during 1993–2020 based on GEE and Landsat images. The results showed that the number of elk and artificial ditches are the external factors affecting the growth of S. alterniflora (Yan et al., 2021).



4.3 Uncertainty and limitations of S. alterniflora predictions

To better predict S. alterniflora invasions, we selected the remote sensing images from 2010 to 2020 combined with information about the influencing factors as the basic data to simulate and predict the future expansion of S. alterniflora at DMNNR in 2030 with an MCE-CA-Markov model. As part of this analysis, there were two sources of error in predicting the future expansion of S. alterniflora. First, although the study used multi-source high-resolution remote sensing images to extract the spatial distribution of S. alterniflora with high accuracy, the long research time led to the data for S. alterniflora fluctuating greatly, which cannot fully reflect the long-term changes of S. alterniflora in the reserve. Thus, to minimize potential errors, the research period needs to be extended and the number of data nodes increased, in turn enabling a comprehensive understanding of the changes of S. alterniflora in the reserve (Yan et al., 2021). Second, the expansion of S. alterniflora is a complex process of change, which is affected by many factors. The transformation of the transient spatial pattern of S. alterniflora from vegetation colonization to expansion only took 2-3 years, and soil nutrients may be the main controlling factor (Xie et al., 2019; Yao et al., 2022b). When making the S. alterniflora suitability atlas, the present study comprehensively considered the effects of tidal inundation, soil salinity, artificial ditches, and elk-affected areas on the distribution of S. alterniflora based on previous research results. The simulation results have certain limitations, therefore nutrient availability, temperature, and benthic organisms (Deegan et al., 2012; Xie et al., 2019; Lu et al., 2020) should be included in future studies to improve the accuracy of the results. Meanwhile, our study suggest that S. alterniflora will continue to expand towards the sea in the future. Therefore, the control of S. alterniflora in coastal wetlands and the science based conservation and management of coastal wetland ecosystems must be placed on the agenda for ecological interventions




5 Conclusions

Present CA-Markov models fail to account for the influence of environmental factors and are therefore inadequate for accurately simulating the expansion of S. alterniflora marshes. This paper combined MCE with traditional CA Markov models to provide robust predictions about the spatial expansion of S. alterniflora over the next 10 years. This approach enhanced CA Markov models by integrating the influence of elevation, soil salinity, artificial ditches, and Milu influence range. The resultant accuracy of the simulated S. alterniflora expansion was 82.63%. This simulation suggests a good predictive result from the MCE-CA-Markov model. The area of S. alterniflora is predicted to continue to decrease from 910.25 ha in 2020 to 881.21 ha in 2030. The spatial distribution of S. alterniflora has been decreasing on the landward side, while S. alterniflora has continued to expand towards the sea on the seaward side. These findings suggest that S. alterniflora will continue to expand towards the sea in the future. Therefore, the control of S. alterniflora in coastal wetlands must be placed on the agenda of ecological interventions. In addition, the proposed predictions approach for spatial expansion of S. alterniflora could be used to other regions. However, for S. alterniflora potentially characterized by a differing plant structure surrounded by other types of land covers, the predictions approach used need to be tested.
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Soil salinization has been one of the main causes of ecosystem degradation in many estuarine wetlands under global climate changes, but it remains unclear how salinization shifts the phenotypic variability and genetic diversity of the foundation plant species in estuarine wetlands. To reveal the effects of salinization on natural populations of foundation plant species, we investigated the intraspecific variation of Phragmites australis using five functional traits (shoot height, leaf length, panicle length, seed number per panicle, and mass per seed) and ten microsatellite markers in the five sites across the Yellow River Delta. The salinity was indicated by electrical conductivity, and the reproductive strategy was estimated by the ratio of panicle length to shoot height. The linear models showed that the shoot height, leaf length, and panicle length had significantly negative correlations to soil salinity, while the mass per seed had a significantly positive correlation to soil salinity. However, there were no significant relationships between the seed number per panicle or reproductive ratio and soil salinity. The genetic diversity within populations was high in all sites (He > 0.5), but the genetic differentiation between populations was very weak (FST from 0.0074 to 0.0212), which suggested that there was a strong genetic flow among populations. Genetic structure analyses showed two phylogenetic groups of P. australis distributed in four of five surveyed sites across the Yellow River Delta. Our study also found significant phylogenetic signals in the leaf length and mass per seed, suggesting a substantial role of phylogenetic relationship (technically, neutral genetic relatedness) in intraspecific variation and salt adaptation of P. australis. Our study provides novel insight into the adaptative responses of the foundation plant species to soil salinization from individual traits to population genetics and offers significant implications for ecological restoration and adaptive management of saline lands in estuarine wetlands.
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Introduction

Soil salinization is an increasingly serious problem due to extreme drought events and sea-level rise caused by global climate change and high-intensity land use (Yu et al., 2014; Zhou et al., 2022). The area of saline land has increased from 800 million hectares in 1991 to about 1 billion hectares of soil worldwide (Hopmans et al., 2021) and continues to expand at a speed of 2.00×106 hectares per year (Abbas et al., 2013). Estuarine wetland, one of the most sensitive ecosystems to salinization, can provide protection from windstorms, fishery production, biodiversity maintenance, and the prevention of biological invasion (Barbier, 2013). Soil salinization has resulted in vegetation decline, biodiversity reduction, and ecosystem degradation in many estuarine wetlands worldwide (Day et al., 2000; Herbert et al., 2015). Understanding the vegetation response to soil salinization in estuarine wetlands is significant for predicting the ecological effects of soil salinization and making adaptive management of the estuarine wetland in the future.

Soil salinization could directly affect the physiological processes and deeply shift the ecological strategies of plant individuals. There have been numerous methods to characterize ecological strategies, such as the competitor, stress-tolerator, ruderal (CSR) strategy (Grime, 1977), leaf economics spectrum (Wright et al., 2004), reproductive strategy (Doust, 1989), and seed size-number trade-off (Venable, 1992). One of the most important dimensions of reproductive strategy is that plants tend to allocate more resources early to reproductive growth when the environment becomes extreme (Metz et al., 2020). Seed size-number trade-off suggested the plants could give their reproductive efforts to provide large seeds that could allow them to have a high survival probability in the stressful conditions under low resource availability, or they could spread their reproductive efforts among many small seeds to maximize adaptability or dispersal under high resource availability or serious disturbance (Coomes and Grubb, 2003). However, there are few studies on plant ecological strategies under the influence of salinity currently at a population level within species (Agrawal, 2020).

Genetic diversity, containing adaptive and neutral diversity within populations or species, plays an important role in the maintenance and adaptation of plants in different degraded habitats (Holderegger et al., 2006). Most molecular markers presently used in population genetics are usually considered neutral, such as AFLPs (amplified fragment length polymorphisms) and microsatellites. The neutral diversity can demonstrate genetic processes, including gene flow and drift at the population level (Holderegger et al., 2006), but it may also indicate the natural selection when the neutral diversity is observed to change with environmental factors because these neutral loci could also be associated to adaptive traits or specific phylogenetic groups. Low genetic diversity is caused by genetic drift and inbreeding, which usually symbolizes an unhealthy population growth rate. A high level of genetic diversity can ensure the adaptive potential of natural populations in the face of rapidly changing environmental pressures. For example, the research on Zostera marina suggested that a high level of genetic diversity could enhance the resistance to disturbance (Hughes and Stachowicz, 2004). The changes in genetic diversity under environmental shifts can help reveal the potential driving forces that promote population differentiation and adaptation, and predict how the population responds to the changing environment (Gao et al., 2012). Gene flow between populations could reduce genetic differentiation. Recently, phylogenetic analysis has been a popular method to link the evolutionary process with the plant ecological features among different species. The phenomenon that close phylogenetic relatives have similar traits is usually termed the phylogenetic signal of the traits (Blomberg and Garland, 2002; Collyer et al., 2022).

Phragmites australis (Cav.) Trin. ex Steud. (common reed) is a significant wetland foundation species widely distributed worldwide (Eller et al., 2017). Phragmites australis has several distinct phylogeographical groups (Saltonstall, 2016) and ploidy levels ranging from 3× to 12× (Clevering and Lissner, 1999), which give them a high adaptive potential to environmental shifts. As a pseudohalophyte, P. australis could grow in freshwater and slightly saline wetlands (Eller et al., 2017). High salinity usually hinders the shoot growth, photosynthetic rate, and final total biomass of P. australis (Achenbach et al., 2013; Naidoo, 2021). To survive saline conditions, P. australis tends to allocate more resources to reproductive traits to ensure their offspring’s survival or escape (Meyerson et al., 2000; Farrer et al., 2021). The salt tolerance of P. australis may be attributed to the geographic and phylogenetic origin, but not the ploidy level (Achenbach et al., 2013; Lambertini et al., 2020). However, little is known about how soil salinization affects the intraspecific variation of P. australis populations combined with different phylogenetic groups.

The Yellow River Delta is one of the three largest estuarine deltas in China, located in the alluvial plain at the mouth of the Yellow River, near the Bohai Sea. Salinization in the Yellow River Delta has become a troubling issue due to seawater, groundwater evaporation, and storm-tide disasters (Yu et al., 2014; Wang et al., 2017). The Yellow River Delta has varied saline conditions in the small-scale environment, and P. australis are widely distributed in the Yellow River Delta, providing an ideal system for salinization’s ecological effects on P. australis. The previous studies have well documented the responses of P. australis in morphological traits and genetic diversity indicators to saline conditions (Guo et al., 2003; Gao et al., 2012; Zhou et al., 2021). Our recent studies have indicated that there are two distinct lineages (phylogenetic groups) of P. australis, i.e., tetraploid lineage O and octoploid lineage P (Liu et al., 2022b) in the Yellow River Delta, and lineage O might be more tolerant to salinization (Liu et al., 2021b). However, these studies reported few traits related to propagation, such as seed size and number, and did not link the trait variability to genetic relatedness between different genotypes.

In this study, we investigated functional traits and microsatellites of P. australis in the Yellow River Delta to uncover the following scientific questions: (i) how salinity alters the trait trade-off strategies in natural P. australis populations; (ii) whether the genetic diversity is related to soil salinity; and (iii) whether the evolutionary history limits the intraspecific functional trait related to salt adaptation. Our research could help understand the evolutionary mechanism of foundation plant species under soil salinization, and offer implications for ecosystem conservation and restorations in estuarine wetlands.



Material and methods


Field investigation and sample collection

In October 2020, five populations of P. australis in different habitats were investigated in the Yellow River Delta (37.76° -38.05°N, 118.67° -119.17°E) (Figure 1). We investigated about 20 P. australis shoots of each population and recorded the habitat type and coexistence of plant species. To reduce the probability of sampling the same individuals, the distance between sampled shoots was at least 50 m. We recorded the geographical information of each shoot with a GPS instrument and measured the soil electrical conductivity of each reed at a 5-10 cm depth using an EC 110 Meter portable conductometer (Spectrum Technologies, Georgia, America). A soil with EC greater than or equal to 4 dS m-1 at 25°C is defined as saline soil (Richards, 1954).




Figure 1 | Map of Phragmites australis sites in Yellow River Delta.



We measured shoot height (SH) and leaf length (LL) for all sampled shoots and panicle length (PL) for the shoots with panicles. Shoot height was measured from the soil surface to shoot tip point (usually panicle or leaf tip, sometimes stem tip). We selected the largest leaf to measure LL from all complete, healthy, and mature leaves for each shoot. In sites wu01 and wu04, the seed number per panicle (SN) and mass per seed (SM) were also estimated. We counted the seed number from about a quarter of seed weight for each panicle to calculate SM and then SN. A ratio of panicle length to shoot height was used to quantify the reproductive allocation ratio (R). Leaves on the upper part of each plant were harvested and placed in a plastic bag with silica gel, and transported to the laboratory.



DNA extraction

DNA was extracted with the improved CTAB plant DNA extraction method from leaves conserved in silica gel. Leaves frozen in liquid nitrogen were ground into powder using 3 mm steel beads in a JXFSTPRP-24 automatic sample rapid grinder (Shanghai Jingxin Industrial Development Co., Ltd., Shanghai, China). 900 μL of 65°C preheated 2% CTAB extract was added to each tube, and the mixture was vortexed vigorously. Tubes were incubated at 60°C for one hour and were put under vortex movement every 15 min. These tubes were centrifuged at 12000 rpm for 30 seconds, and the supernatant was transferred to new centrifuge tubes. 600 μL 25:24:1 phenol/chloroform/isoamyl alcohol was added to each tube, and these were mixed slowly. Then tubes were centrifuged at 12000 rpm for 10 min, and the supernatant was again transferred to new tubes. An equal volume of 24:1 chloroform/isoamyl alcohol was added to each tube, and these were mixed slowly. Then tubes were centrifuged at 12000 rpm for 10 min, and the supernatant was again retained. Approximate 1.5 μL RNase was added to each tube and kept at 37°C for one hour, followed by extraction with an equal volume of 24:1 chloroform/isoamyl alcohol. Then tubes were centrifuged at 12000 rpm for 10 min, and the supernatant was again retained. About 0.6 volume of cold isopropanol was added and mixed by inversion. These tubes were placed at room temperature for 20 min for precipitation. After precipitation, the tubes were centrifuged for 5 min at 10000 rpm, and the supernatant was poured off carefully. Then the pellet was washed twice using 600 µl cold 70% ethanol. After the pellet was dried completely, it was suspended in 50-100 μL TE buffer (or sterile water) and stored at - 20°C. Its quality was analyzed with a 1% agarose gel electrophoresis and Micro-Spectrophotometer (YIMA, Xi’an, China).



Microsatellite genotyping

To infer the lineages of sampled P. australis in a large evolutionary background, we added the individuals from Lianyungang (LYG) and Tangshan (TS) to our microsatellite analysis, which were identified as lineage P for LYG and O for TS with chloroplast fragments and nuclear microsatellites in a large sample from China (Liu et al., 2022b). Ten pairs of primers developed by Saltonstall (2003) and Yu et al. (2016) were used to amplify the microsatellite polymorphism of P. australis (n = 96). We used five primer sets (set1 for PaGT4 and PaGT9; set2 for PaGT12 and PaGT13; set3 for PaGT14 and PaGT16; set4 for PaGT21 and PaGT22; and set5 for Phra315 and Phra522), and each forward primer had a fluorochrome tag (FAM, HEX, or TAMRA) on its 5’ tail. To ensure the method’s repeatability, 10% of randomly chosen samples had two replicates—the reaction volume and reaction procedure we used by Liu et al. (2022b). Then the product was sequenced by the AB13730XL sequencer, and the data file was imported into GeneMapper 2.2.0 for allele identification.

To evaluate the genetic diversity, we calculated the number of alleles (Na), Shannon’s information index (I), expected heterozygosity (He), and Bruvo distances using the R package polysat (v1.7-5). The FST as the measure of differentiation between population pairs was estimated using R package polysat. Genetic structure was visualized by principal coordinate analysis (PCoA) and hierarchical clustering with function cmdscale and hclust in R software. A Bayesian clustering approach with STRUCTURE 2.3.4 (Pritchard et al., 2000; Falush et al., 2007) was used to assign individuals to clusters (K) based on their genotypes. We used the admixture model and ran STRUCTURE ten times for each K (from 1 to 7) with 20,000 burn-in iterations followed by 100,000 Markov Chain Monte Carlo iterations. The most likely K was inferred with the ΔK method of Evanno et al. (2005) using the online tool structure harvest. Finally, the output was averaged and visualized by CLUMPP and DISTRUCT 1.1.



Data analysis

The coefficient of variation (CV) was calculated to express the variation between plant traits under variable electrical conductivity. We performed Shapiro-Wilk test for normality of plant traits with function shapiro.test in R package stats, and Levene’s test for homogeneity of variance among different populations or lineages with function leveneTest in R package car. Data were log-transformed to achieve approximate normality if necessary. When the data have approximate normality and equal variance, we used one-way ANOVA with function aov in R package stats to test the significant difference among different groups and then used the Duncan post-hoc test to complete the multiple comparisons. Otherwise, we used Kruskal-Wallis test to finish multiple comparisons with function kruskal in R package agricolae. The results of multiple comparisons were visualized by boxplots using R package graphics.

To quantify the relationships between P.australis traits and electrical conductivity, we performed a general linear model and linear mixed model with R package nlme, and calculated the AIC, R2, and P of each model to determine which model’s description was more appropriate. Spearman correlation analysis was performed to test the relationships between each traits. The output was visualized by the pheatmap function in the pheatmap package of R. The trait records with missing values were deleted. The relationship between electrical conductivity and genetic diversity was performed by the general linear model, and the fitting function was tested by joint hypotheses test and coefficient of determination.

To determine the phylogenetic signals of continuous traits, we calculated Pagel’s λ (Pagel, 1999) and Blomberg’s K (Blomberg and Garland, 2002) with R package phytools (Revell, 2012). Brownian motion (BM) can represent the random process of evolution and is applied as a random walk model in these estimations. The λ is a value between 0 and 1. λ = 0 indicates no phylogenetic dependence, and λ = 1 indicates that trait variation depends on the phylogeny (Freckleton et al., 2002). Blomberg’s K was tested with 10,000 randomization simulations. K = 0 indicates no significant signal, and K > 1 suggests stronger similarities among closely related lineages than expected under BM (Blomberg et al., 2003).




Results


Functional variation of P. australis

The soil electrical conductivity varied from 1.83 ± 1.14 dS m-1(wu02) to 9.75 ± 6.38 dS m-1 (wu04) (dS m-1, deciSiemens per metre; 1 dS m-1 ~ 0.55 ppt, as the main salt type is NaCl in the Yellow River Delta). The reed stands in site wu01 resulted from secondary succession from farmland abandoned due to a recent storm surge several years ago and held at least nine plant species. Site wu02 was a monodominant stand of P. australis with a few Suaeda salsa individuals in a shallow river (abandoned course of the Yellow River). Site wu01 and wu02 had slightly saline soils (Table 1). The saline soils were found in site wu03 (meadow patches in oil field) and wu05 (an intertidal zone near the Yellow River), and the hypersaline soils were found in site wu04 (an intertidal zone with Spartina alterniflora invasion) (Table 1). However, all sites had large EC variances (Figure 1; CV of EC in Table 1).


Table 1 | The habitat information of sampled Phragmites australis populations in the Yellow River Delta.



There were significant differences in shoot height, leaf length, reproductive allocation, and mass per seed among populations (Figure 2; Table S1), but were no significant differences in panicle length and seed number per panicle (Figure 2, P > 0.05). Shoot height (175.95 ± 45.11 cm) and leaf length (26.40 ± 8.28 cm) were highest in the slightly saline soils (wu02) but lowest (118.65 ± 43.69 cm, 17.75 ± 6.73 cm) in the hypersaline soils (wu04) (Figure 2). The panicle length ranged from 18.53 ± 5.26 cm (wu04, hypersaline soils) to 23.67 ± 2.21 cm (wu02, slightly saline soils). In the wu02 population (slightly saline soils), the reproductive allocation was the lowest (0.11 ± 0.02), and in the wu01 population (slightly saline soils) was the highest (0.16 ± 0.02) (Figure 2).




Figure 2 | Plant functional traits (A, shoot height; B, leaf length; C, panicle length; D, reproductive allocation, i.e., the ratio of panicle length to shoot height; E, log-transformed seed number per panicle; F, log-transformed mass per seed) of Phragmites australis from different populations. Different letters represent significant differences. In the box diagram, the middle horizontal line is the median, and the box frame is the interquartile distance (IQR). Each whisker extends to the furthest data point in each wing that is within 1.5 times the IQR, data points further than 1.5IQR are marked with a dot. ns represents no significance; · P < 0.1; *P < 0.05; **P < 0.01; ***P < 0.001.



The variation of shoot height was highest in the hypersaline soil (Table 2, CVSH = 0.37 in wu04 population) but lowest in the slightly saline soil (Table 2, CVSH = 0.16 in wu01 population). The variation of leaf length was highest in the hypersaline soil (Table 2, CVLL = 0.38 in wu04 population) but lowest in the saline soil (Table 2, CVLL = 0.18 in wu05 population). The variation of panicle length was highest in the hypersaline soil (Table 2, CVPL = 0.28 in wu04 population) but lowest in the slightly saline soil (Table 2, CVPL = 0.09 in wu02 population).


Table 2 | Phenotypic variation and genetic diversity of Phragmites australis populations.



The general linear models across all sites showed that the soil electrical conductivity was negatively correlated to shoot height, leaf length, and panicle length but positively correlated to mass per seed (Figure 3, P < 0.01). There was no significant correlation between electrical conductivity and reproductive allocation or seed number per panicle (Figure 3, P > 0.05). The general linear models separately performed in 5 populations revealed some conflicting results among sites (Figure S1), indicating a strong site effect on the correlations between traits and salinity. The linear mixed models with site as the random factor found the positive correlations of EC to reproductive allocation (AIC = -264.62) and to mass per seed (AIC = -58.95) but the negative correlations to shoot height (AIC = 1049.47), leaf length (AIC = 678.68), panicle length (AIC = 390.14) and seed number per panicle (AIC = 636.17) (Figure 4; Table S2).




Figure 3 | Relationships between Phragmites australis traits (A, shoot height; B, leaf length; C, panicle length; D, reproductive allocation, i.e. the ratio of panicle length to shoot height; E, seed number per panicle; F, mass per seed) and soil electrical conductivity across five populations based on general linear models. **P < 0.01; ***P < 0.001.






Figure 4 | Relationships between Phragmites australis traits (A, shoot height; B, leaf length; C, panicle length; D, reproductive allocation, i.e., the ratio of panicle length to shoot height; E, seed number per panicle; F, mass per seed) and electrical conductivity in five populations based on linear mixed models with the random factor of site.



According to Spearman correlation analysis between traits (Figure S2), the shoot height of P. australis had the significant positive correlations with the leaf length (r = 0.50, P < 0.001), panicle length (r = 0.57, P < 0.001) and seed number per panicle (r = 0.56, P < 0.01). The panicle length had the significant positive correlations with the leaf length (r = 0.53, P < 0.001) and seed number per panicle (r = 0.61, P < 0.001).



Genetic variation of P. australis

The number of alleles (Na) varied from 5.90 (wu03, saline soils) to 9.00 (wu01, slightly saline soils). Shannon’s information index (I) varied from 2.94 (wu02, wu03, wu04, and wu05) to 3.00 (wu01, slightly saline soils), and the expected heterozygosity (He) varied from 0.56 (wu03, saline soils) to 0.70 (wu02 and wu04) (Table 2, Figure S3). There were no significant correlations between genetic diversity indicators and soil EC (Figure S3). Pairwise genetic differentiation (FST) values ranged between 0.0074 (wu01 and wu02) and 0.0212 (wu03 and wu04) (Table 3).


Table 3 | Pairwise genetic differentiation (Fst) matrix between five Phragmites australis populations.



The first and the second axes of PCoA explained 21.52% and 8.72% of the total variance. The PCoA showed two clusters separated by the first axis (Figure 5A). The UPGMA clustering and Bayesian methods also supported these two genetic clusters (Figures 5B–D). Since the LYG and TS populations used in this study were regarded as the lineage P and O, respectively, the two genetic clusters in the Yellow River Delta were reasonable to be inferred into these two lineages. According to the results of these three methods, we determined 77 genotypes of lineage O and 19 genotypes of lineage P in populations from the Yellow River Delta. There were no significant difference of soil EC between two lineages (t-test, P = 0.188).




Figure 5 | Microsatellite-based genetic structure of Phragmites australis populations in the Yellow River Delta, Lianyungang (LYG, lineage P), and Tangshan (TS, lineage O). (A) Principal coordinate analysis. (B) UPGMA clustering. Blue indicates lineage P, and orange indicates lineage O. (C) ΔK-value at different K. (D) STRUCTURE plot at K = 2. A thin line depicts each individual, and its color depends on its partitioning into the K clusters.





Phylogenetic signal of P. australis traits

According to the Pagel’s λ, the leaf length had a significant phylogenetic signal (λ = 0.639, P < 0.05), the mass per seed had a marginally significant phylogenetic signal (λ = 0.488, P = 0.069). Shoot height, panicle length, reproductive allocation, and seed number per panicle did not have any phylogenetic signal (Table 4). The Blomberg’s K demonstrated that the leaf length and mass per seed had a significant phylogenetic signal (K > 0.80, P < 0.05), but other traits did not (Table 4). In addition, lineage O has a larger panicle length and a larger seed number per panicle but a lower mass per seed than lineage P (Figure 6; Table S3). The leaf length of lineage O was marginally smaller than lineage P (Figure 6B; P = 0.072).


Table 4 | Phylogenetic signals of functional traits in Phragmites australis traits.






Figure 6 | Plant functional trait comparisons (A, shoot height; B, leaf length; C, panicle length; D, reproductive allocation, i.e., the ratio of panicle length to shoot height; E, log-transformed seed number per panicle; F, log-transformed mass per seed) between lineage O and P of Phragmites australis. Different letters represent significant differences. In the box diagram, the middle horizontal line is the median, and the box frame is the interquartile distance (IQR). Each whisker extends to the furthest data point in each wing that is within 1.5 times the IQR, data points further than 1.5 IQR are marked with a dot. ns represents no significance; · P < 0.1; *P < 0.05; **P < 0.01.






Discussion


Functional response of P. australis to soil salinization

Consistent with the previous study in the Yellow River Delta (Zhou et al., 2021), P. australis in the saline habitats is likely to adopt a stress-tolerator strategy that plants reduce shoot height (Figure 3A), leaf size (Figure 3B), and other morphological traits to survival in stressful environments. The study in perennial grass Lolium perenne revealed that frost-and drought-sensitive populations had high growth rates, wide leaves, and erect growth habits, which helped them deal with interspecific and intraspecific competition in suitable conditions (Dolferus, 2014), and similar trade-off between salinity tolerance and competitive ability also exists in P. australis (Qi et al., 2018; Zhou et al., 2021). Competitor strategy that plants invest more resources in the rapid growth of large organs to outcompete neighbors is advantageous in highly productive habitats with low stress and disturbance (Vasseur et al., 2018). In the recently abandoned farmland (site wu01), the interspecific competition might be the main biological pressure, since there were many other plant species (Table 1) and the P. australis stands were preliminarily established after the recent storm surge. In other sites, the environmental filtering might be the key driver shaping the community assemble and trait variation.

Besides tolerant and competitive traits, reproductive traits also play a significant role in the functional responses of plants to soil salinization. Perennial plants usually give priority to sexual reproduction in variable and stressful environments (Yang and Kim, 2018), but the relationship between salinity and reproductive allocation was not significant in the sampled P. australis populations (Figure 3D). Sexual reproduction is considered uncommon in mature reed beds, but it seems crucial for the establishment in new sites (Albert et al., 2015). Rhizome-based asexual reproduction allows plants spread rapidly and farther (Douhovnikoff and Hazelton, 2014). However, our study found a seed size-number trade-off: the panicle length and seed number were decreased with salinization (Figures 4C, E) while the mass per seed increased (Figure 4F). Smaller seeds can save the cost of high seed production, but seedlings from larger seed plants have more competitiveness (Jakobsson and Eriksson, 2000; Leishman, 2001). Our results suggested that the reproduction investment of P. australis was used to provide large seeds that could tolerate saline habitats and ensure a high survival probability in extreme conditions.

Although soil salinization is dynamic over time and depth, our data showed significant correlations between functional traits and one-time measurement of topsoil EC with a probe method. On the one hand, the results suggest the functional response of P. australis is so robust that the measurement uncertainty of EC in our study cannot affect the statistical results. On the other hand, there might be a significant correlation between soil ECs in different depths and stages. Previous investigations of soil salinity in the Yellow River Delta have well documented the significant positive correlation in soil salinity between different soil depths (Yu et al., 2014; Wang et al., 2017). Since the elevation in natural micro-topography is the major factor in soil salinity at the fine scale (Wang et al., 2017), the rainfall or tidal inundation might not change the difference among different sites over time. The coexistent plant records near every sample also support the reliability of our salinity estimations. For example, in site wu01, nine coexisting plant species were observed, but Suaeda salsa was almost the only coexistent plant where the EC was higher than 1.00 dS m-1. However, continuous observation in multiple depths and composition analysis of salt ions are needed for the further understanding of the mechanisms underpinning the functional response of wetland plants to different salinization conditions.



Genetic diversity of P. australis under soil salinization

The neutral genetic diversity can demonstrate processes such as natural selection, migration, and dispersal (Holderegger et al., 2006). In the previous studies, there was a high genetic diversity within P. australis populations in the Yellow River Delta (Gao et al., 2012; Liu et al., 2021b). We also found a very high level of genetic diversity in all populations except the population in the oil field (site wu03) and no significant relationships between the genetic diversity and salinity. The low genetic diversity of P. australis in site wu03 might be the very strong selection of genotypes due to the high-intensity disturbance in saline habitats during the oil production activities. Soil contamination from oil pollutants and drilling muds are well known to have negative impacts on plant and animal growth and survival, including reproductive investments. The intermediate disturbance might increase the genetic diversity by providing chances for external seed establishment, but extreme disturbance, stressful conditions or their combination could prevent the establishment of some sensitive genotypes (e.g., lineage P in wu03). Combined with previous studies, we could conclude that P. australis could always keep a high genetic diversity level under habitat fragmentation (Liu et al., 2021a), annual winter mowing (Kuprina et al., 2022), human management (Paul et al., 2011), and hydrographic modification (Naugžemys et al., 2021), but the synergistic impacts of natural stressors and human disturbances might impair the genetic diversity of P. australis populations.

Although our results did not find a significant relationship between genetic diversity and soil salinity due to the limited population size, previous studies found high salinity could decrease the genetic diversity of P. australis in the Yellow River Delta (Guo et al., 2003; Gao et al., 2012). The selection target has been identified as the homozygote of allele 203 at locus PaGT9 (Gao et al., 2012) and the tetraploid lineage O (Liu et al., 2021b). In this study, the PCoA and FST results suggested little differentiation and frequent gene flow between populations (Figure 5, Table 3), suggesting that there are few gene exchange barriers among populations in the Yellow River Delta and all populations might constitute a single metapopulation, which is similar to that found in the southern Baltic Sea (Kuprina et al., 2022). The mixed populations with two lineages also supported that limited diffusion might unlikely lead to the spatial genetic structure of P. australis population in the Yellow River Delta.



Phylogenetic conservatism of P. australis traits

Niche conservatism and adaptive radiation play a central role in ecological diversification, and these two processes can be regarded as both ends of the spectrum for phenotypic evolution (Ackerly, 2009; Münkemüller et al., 2012). Niche conservatism represents a process of slow evolution, and adaptive radiation represents a process of rapid adaptation to environmental shifts. The phylogenetic conservation of plant traits such as leaf size and seed mass has been well analyzed among different species (Ackerly, 2009; Zanetti et al., 2020; Liu et al., 2022a), but to the best of our knowledge, our study is one of the first studies to apply the phylogenetic approach for trait evolution among so closely related lineages within a species (Agrawal, 2020). Within P. australis, we found a significant phylogenetic signal of the leaf length and the mass per seed (Table 4). There are many challenges for the interpretation of this method within species. The first concern is the certainty of our phylogenetic trees because it is a more difficult task to reconstruct phylogenetic history at lower taxonomic levels. The frequent, even free, gene communications among different individuals will mislead the phylogenetic reconstruction and alter the evolutionary implications of phylogenetic signal analysis at the individual level. Nevertheless, it could be a possible alternative to population Qst-Fst comparison when not enough samples are available, or populations are hard to define.

Phylogenetic conservatism of leaf length and the mass per seed might be mainly ascribed to the genetic differentiation between two lineages of P. australis. The ploidy difference has hindered the hybridization and introgression between these two lineages (Liu et al., 2022b), and the adaptive gene related to functional traits might also be fixed in a specific lineage (Gao et al., 2012; Liu et al., 2021a). The larger leaf length and seed mass of lineage P provided more evidence for the phylogenetic conservatism of leaf length and the mass per seed. The result of leaf length comparison is well consistent with our observation in the common garden (Liu et al., 2021b), which highlights the role of genetic factors in intraspecific variation of leaf size in the natural populations of P. australis. Previous studies suggest that lineage O of P. australis is more salt tolerant than lineage P (Lambertini et al., 2020; Liu et al., 2021b), but our study revealed that lineage P has a larger mass per seed which might facilitate its offspring survival and growth in saline conditions. Seed germination experiments for genotypes from two lineages are needed for screening genetic candidates for survival in higher salinity conditions. However, the effect of phenotypic plasticity cannot be ignored in the natural variation of plant traits at the individual level (Agrawal, 2020). The high level of phenotypic plasticity of both lineages allows them to survive in different saline habitats across nearly all sites in this study.




Conclusions

Our study revealed the high functional and genetic variation of P. australis in different saline habitats of the Yellow River Delta. The results indicated that salinization could reduce the vegetative growth but increase investment in some reproductive traits like mass per seed to ensure the seed vigor in stressful habitats. Moreover, the phylogenetic signal of mass per seed implied a phylogenetic limitation on salt adaptation due to the strong fixation of functional traits related to salt tolerance in P. australis lineages. Our study provides novel insights into the adaptation of P. australis to soil salinization from the aspects of traits, genetics, and phylogeny, and could be helpful in restoration management in estuarine wetlands under global environmental changes.
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Coastal wetlands are considered as important “blue carbon” sink, and mowing management induced by anthropogenic activities is anticipated to profoundly affect soil carbon stocks in coastal wetlands. However, the impacts of mowing management on soil organic carbon (SOC) and enzyme activities and the mechanisms responsible for associated changes in Phragmites australis wetland remain uncertain. We conducted a field mowing manipulation experiment [control (CK), mowing and returning straw in December (12MS), mowing and removing straw in December (12MR), mowing and returning straw in March (3MS), and mowing and removing straw in March (3MR)] in P. australis wetland of the Yellow River Delta and quantified their impacts on soil quality, SOC, SOC fractions, and enzyme activities. Results showed that mowing treatments led to overall increases in soil nutrients [total carbon (TC), total nitrogen (TN), total phosphorus (TP), NH4+, and NO3−] and decreases in soil C/N ratio. The effects of mowing treatments on soil nutrient content were pronounced on topsoil than deep soil, and the maximum value of TC, TN, and TP reached in the 12MR treatment. Compared with CK, the 12MS, 12MR, 3MS, and 3MR treatments at 0–10 cm depth significantly enhanced SOC content by 8.78%, 32.9%, 16.5%, and 30.1%, respectively, but only the 3MS treatment enhanced SOC by 16.5% at 10–20 cm depth. Mowing treatments increased dissolved organic carbon (DOC), microbial biomass carbon (MBC), particulate organic carbon (POC), and labile organic carbon (LOC) and the contents of DOC, MBC, POC, and LOC decreased with soil depth. Mowing treatments stimulated the activities of sucrase and urease in topsoil, but only the 3MR treatment improved alkaline phosphatase activity in topsoil. Path analysis indicated that mowing management dominantly modulates SOC by changing sucrase activity, alkaline phosphatase activity, TN, TP, NH4+, NO3−, DOC, and LOC in 0–10 cm depth. However, SOC was significantly controlled by sucrase activity, urease activity, TC, TN, TP, LOC, and POC in 10–20 cm depth. Collectively, our results indicate that the continuous mowing management is beneficial to enhance soil quality and carbon storage capacity of P. australis wetlands, which will contribute to enhance carbon sequestration and sink capacity of coastal wetlands.
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Introduction

Coastal wetlands are among the most carbon-rich ecosystems on Earth due to high primary productivity, high carbon accumulation rate, and low organic matter decomposition rate (Osland et al., 2018; Chu et al., 2019). As a rough estimate, global coastal wetlands have the capacity to bury 116 Tg C/year, which are 10–100 times of carbon (C) burial higher than terrestrial forests ecosystems (Mcleod et al., 2011; Kirwan and Mudd, 2012). The “blue carbon” sinks in coastal wetlands have greater potential than terrestrial C sinks in reducing atmospheric carbon fluxes and mitigating climate change over longer periods (Han et al., 2018; Wang et al., 2019). In recent decades, anthropogenic activities have reduced coastal wetlands area and declined C sink function, leading to the release of CO2 emission newly increase by 0.45 Pg/Ca per year (Pendleton et al., 2012). Phragmites australis, a common perennial wetland grass with high carbon sequestration ability, is widespread distributed in coastal wetlands in China (Han et al., 2013). P. australis mowing is the most used management approaches in wetland system that may change soil microclimate, community structure, plant productivity, and soil carbon storage (Köbbing et al., 2013; Tanaka et al., 2017; Chai et al., 2019). Given that mowing management approaches may impact soil C with great uncertainty, it is essential to identify the response of soil C dynamics and storage to human activities to precisely predict soil C balance.

SOC plays a significant role in the ecosystem C cycle, and its content and quality are influenced by plant species composition, land use patterns, and management practices (Chai et al., 2019). Active SOC is the fraction of soil C with a high activity that shows different sensitivities to environmental changes (Cheng et al., 2008), which can be categorized into dissolved organic carbon (DOC), microbial biomass carbon (MBC), particulate organic carbon (POC), and labile organic carbon (LOC) (Xu et al., 2011). Removing plant aboveground tissue by mowing is anticipated to impact SOC and SOC fractions by changing biogeochemical processes such as soil microclimate and microorganisms, plant growth, and community composition (Tuffa et al., 2017; Zong and Shi, 2019). Mowing may have considerable effects on C fixation capacity of plants because it alters community diversity and primarily productivity, influencing allocation pattern of the aboveground and root biomass (Xu et al., 2014; Erktan et al., 2018). The change of root biomass and decomposition of root turnover may change root input of SOC and nutrient into soil, resulting in the alteration of soil C and active SOC (Xu et al., 2012). Previous studies showed that reasonable mowing could increase the content of SOC, MBC, and DOC, whereas excessive mowing could decrease the content of SOC, MBC, and total C, further resulting in the loss of soil carbon and nutrients (Shahzad et al., 2012; Chai et al., 2019). Soil enzyme activity, an indicator of soil quality and SOC change in response to ecosystem interference, can also be influenced by plant community composition and soil status (Acosta-Martinez et al., 2018; Song et al., 2019). Mowing can increase, decrease, and have no effect on soil enzyme activities and differed by different mowing measures (Yu et al., 2017; Jing et al., 2022; Song et al., 2022). Thus, understanding the response of active SOC and enzyme activities to mowing management is fundamentally important to broaden our knowledge of SOC allocation and enzyme activities dynamics to human activities in coastal wetlands.

Appropriate straw returning plays an important role in promoting soil quality and plant growth because of the favorable effects on soil physicochemical and biological characteristics and fertility (Xiu et al., 2019; Bu et al., 2020). The plant straw decomposition can provide a great number of soil organic matter and offer nutrient supply needed by plant (Wang et al., 2015). Further, the incorporation of straw may stimulate the nutrient use efficiency and nutrient cycling, which converts soil nutrients into the slowly source of nutrient supply (Zhang et al., 2016). Several studies have showed that the incorporation of straw into soil can increase SOC content, active SOC fractions, and microbial activities through improving carbon input (Wang et al., 2015; Song et al., 2019). For example, Chen et al. (2017) found that short-term rice straw return increased soil SOC, DOC, and MBC in rice-wheat cropping soil, whereas Hao et al. (2019) demonstrated that long-term addition of straw return enhanced soil SOC and MBC in farmland soil. Straw returning to the field often accelerate soil C pool and sequestration, further contributing to higher SOC by elevating SOC fractions (Li et al., 2016). Furthermore, straw mulching has confirmed to enhance soil enzyme activities and thereafter favored higher SOC pool and fractions (Zhang et al., 2016; Xiu et al., 2019). Hence, it is imperative to explore the effects of straw incorporation on SOC fractions and enzyme activities in coastal wetlands.

The coastal wetlands of the Yellow River Delta (YRD) possess high vegetation productivity and C sequestration capacity (Han et al., 2018), whereas it has degraded and shrunk by human activities, resulting in the decrease of C storage by 10.2% in the past decades (Ma et al., 2019). The area of P. australis in the YRD has reached 2,600 hm2, and P. australis mowing is a common human interference in this area (Guan et al., 2014). Mowing can modulate P. australis growth characteristics, improve plant diversity, and optimize wetlands ecological environment in coastal wetlands (Tanaka et al., 2017). Mowing can cause changes in soil water and salinity by changing microclimate, which profoundly affect the ecological characteristics and growth of P. australis community and thus affect the mineralization of SOC and the allocation of active SOC fractions (Setia et al., 2011; Guan et al., 2014; Zhao et al., 2018). In addition, mowing management measures also cause changes in SOC pool and C sequestration due to the alteration of the root resource allocation and aboveground regrowth (Asaeda et al., 2006; Song et al., 2015). However, the lack of knowledge about the effects of mowing management on SOC content, SOC fractions, and enzyme activities impedes efforts to establish a clear trajectory of C budget response to human interference in coastal wetlands. We hypothesized that the responses of SOC to mowing management were regulated by mowing-related changes, largely through soil nutrient, SOC fractions, and enzyme activities. To test our hypothesis, we conducted a field experiment that simulated different mowing measures in P. australis wetland of the YRD to elucidate the effects of mowing on soil quality, SOC content and fractions, and enzyme activities. Our main objectives were (i) to investigate the response of soil nutrient, SOC, and SOC fractions to mowing treatments; (ii) to understand how enzyme activities respond to changes in mowing management; and (iii) to illustrate the potential linkages between SOC and soil nutrient, SOC fractions, and enzyme activities under different mowing treatments.



Materials and methods


Study site

This research was conducted at the Research Station of Coastal Wetland in the Yellow River Delta (37°45′50″N, 118°59′24″E), which attaches to Yantai Institute of Coastal Zone Research, Chinese Academy of Sciences (Figure 1). This experimental site is located at supratidal wetlands of the Yellow River Delta. This area occupies a warm-temperate and continental monsoon climate with average annual temperature and average annual precipitation being 12.9°C and 560 mm, respectively. Monthly average temperature ranges from −2.8°C in January to 26.7°C in July and approximately 70% of the annual precipitation is occurred in the growing season. The groundwater table is shallow with an average depth of 1.14 m, and the periodic surface ponding is often happened after extreme rainfall. The hydrology of this area is influenced by the tidal process and the Yellow River runoff. The soil type mainly consists of wet and saline soil, and soil texture is mainly sandy clay loam. The dominant vegetation in our study site is Phragmites australis, with other species mainly including Suaeda salsa, Inperata cylindrica, and Tripoliun vulgare. The highest canopy height of the growing season is 1.7 m, and the canopy index closure range is between 0.3 and 0.8 (Han et al., 2018).




Figure 1 | Location and layout of the experimental plots used to simulate mowing treatments.





Experimental design and soil sampling

This filed experiment was installed in 2016 with 20 quadrats (6 × 6 m) in a P. australis–dominated flat (Figure 1). Five treatments were established as follows in this experiment: control (CK), mowing and returning straw in December (12MS), mowing and removing straw in December (12MR), mowing and returning straw in March (3MS), and mowing and removing straw in March (3MR). The reason for choosing these two mowing months is that December is the traditional harvest time in this area, whereas March is chosen to test whether mowing stimulates the germination of P. australis. Each treatment was replicated four times, and each quadrat was separated by cement barriers at a 40 cm distance. At the beginning of this experiment, P. australis covered nearly >95% in all treatments. The P. australis stems were removed at the height of 4–6 cm in the mowing plots once a year in December and March. The P. australis stems were removed out of the plots in 12MR and 3MR treatments, and the harvested P. australis stems were applied soil surface evenly in 12MS and 3MS treatments. Mowing treatments started in December 2016 and continued indefinitely according to the experimental design.

Soil samples were collected by mixing three soil cores (7.5 cm diameter) randomly from the topsoil (0–10 cm) and the subsoil (10–20 cm) of each plot in August 2020. After removing debris such as stones and plant and animal residues, the soil samples were sealed and transported to the laboratory. At each plot, soils with the same soil layer were mixed, homogenized, and then divided into two parts. One part was air dried and passed through a 2-mm sieve for analysis of SOC, POC, LOC, sucrase, urease, and alkaline phosphatase activity. The other part was stored at 4°C for analysis of MBC, DOC, NH4+, and NO3−.



Soil analysis

SOC was determined using the K dichromate volumetric method and then measured by the elemental analyzer. MBC was measured with the chloroform fumigation-direct extraction method after saturating the soil with water to minimize errors associated with variable soil moisture content between plots (Vance et al., 1987). DOC was extracted by deionized water (soil:water, 1:5) and filtrated by 0.45-μm membrane and then analyzed by the total organic carbon analyzer (Elementar, Germany). POC was determined by the sodium hexametaphosphate dispersion method (5 g/L) (Lee, 2013), and LOC was measured by the 333 mM KMnO4 digestion method (Xu et al., 2011). NH4+ and NO3− were determined by an AA3 automated flow injection analysis (SEAL Analytical GmbH, Norderstedt, Germany). Soil sucrase activity was measured by 5-dinitrylsalicylate colorimetrically and quantified at 508 nm using a spectrophotometer (722, Jingke, Shanghai). Soil urease activity was determined by sodium phenoxide and colorimetrically and measured at 578 nm with a UV spectrophotometer. Soil alkaline phosphatase activity was measured as described in Tan et al. (2014) and expressed as the amount of phenol released from the soil using a spectrophotometer at 510 nm.



Data analysis

One-way ANOVA based on the least significant difference (LSD) (p < 0.05) was used to determine the effects of mowing treatments on soil quality, SOC, SOC fractions, and enzyme activities. Pearson’s correlation coefficient analysis was conducted to evaluate the relationship between soil quality, SOC, SOC fractions, and enzyme activities. R3.6.1 statistical software and the Corrplot package were used for correlation analysis. Path analysis was performed to ascertain hypothetical pathways by which soil quality, SOC fractions, and enzyme activities might explain SOC. The data were fit to the model using maximum likelihood estimation. Path analysis was conducted using the AMOS 21.0 version. SPSS 22.0 was used to the statistical analysis. Origin Pro 2018 and ArcGIS 10.5 software were used for graphing.




Results


Variation in soil properties

Soil pH in the 0- to 10-cm and 10- to 20-cm soil layers showed little change after 4 years of mowing management (Table 1). All the mowing treatments increased soil salinity, although not significantly (Table 1). Four years of mowing treatments significantly increased soil total carbon (TC) (P < 0.05), with the highest enhancement of 17.5% and 16.8% under the 12MS treatment in the 0- to 10-cm and 10- to 20-cm soil layers, respectively. Soil total nitrogen (TN) levels under the 12MS and 3MR treatments in the 0- to 10-cm layer were significantly 68.8% and 78.4% higher than the CK treatment (P < 0.05), respectively. All treatments significantly increased soil TN by 44.9%–91.2% at the 10- to 20-cm layer. Soil total phosphorus (TP) levels in the 12MR, 12MS, 3MR, and 3MS treatments were 1.17, 1.45, 1.07, and 1.21 g/kg, respectively, at the 0- to 10-cm soil layer, significantly higher than that in the CK treatment (P < 0.05). However, soil TP did not differ with mowing management in the 10- to 20-cm soil layer. Across the two soil depths, all treatments significantly decreased soil C:N ratio (P < 0.05), and soil C:N ratio at the 0- to 10-cm and 10- to 20-cm soil layers reached to 21.3–25.6 and 23.1–27.9, respectively. Mowing treatments significantly increased soil NH4+ at the 0- to 10-cm soil sample, although only the 12MR treatment significantly enhanced soil NH4+ at the 10- to 20-cm soil sample. The 12MS, 3MR, and 3MS treatments significantly increased soil NO3− at the 0- to 10-cm soil layer by 110.2%, 63.9%, and 164%, respectively, whereas the 12MR, 3MR, and 3MS treatments significantly elevated soil NO3− at the 10- to 20-cm soil layer by 139.9%, 68.6%, and 114.1%, respectively (P < 0.05).


Table 1 | Effects of different treatments on soil properties.





Variation in soil organic carbon and active fractions

Compared with the CK treatment, the 12MS, 12MR, 3MS, and 3MR treatments at the 0- to 10-cm soil layer significantly stimulated SOC content by 8.78%, 32.9%, 16.5%, and 30.1%, respectively, whereas only the 3MS treatment at the 10- to 20-cm soil layer significantly stimulated SOC content by 16.5% (P < 0.05, Figure 2A). Only the 12MR and 3MR treatments were found to be significant than the CK treatment (P < 0.05, Figure 2B), with the increased MBC content by 41.0% and 35.5% in the 0- to 10-cm soil layer, and 23.1% and 21.2% in the 10- to 20-cm soil layer, respectively. In the 0- to 10-cm soil layer, DOC content under four mowing treatments were 103.6%, 152.4%, 62.12%, and 163.7% higher than that under the CK treatment, respectively (P < 0.05, Figure 3C). Compared with CK, the 12MR, 12MS, 3MR, and 3MS treatments in the 10- to 20-cm soil layer significantly increased DOC content by 39.55%, 14.92%, 22.16%, and 43.65%, respectively (P < 0.05, Figure 2C). The 12MR and 12MS treatments in the 0- to 10-cm soil layer obtained significantly higher LOC content than the CK treatment, with average increases of 24.76% and 26.27%, respectively (P < 0.05, Figure 2D). In the 10- to 20-cm soil layer, only the 12MS treatment significantly enhanced LOC by 70.45% (P < 0.05, Figure 2D). Compared with that under the CK treatment, POC content in the 0- to 10-cm soil layer elevated significantly under the 12MR, 12MS, 3MR, and 3MS treatments by 30.00%, 35.54%, 27.95%, and 57.27%, whereas POC content in the 10- to 20-cm soil layer increased significantly under four treatments by 33.60%, 32.36%, 39.40%, and 49.04%, respectively (P < 0.05, Figure 2E).




Figure 2 | Soil organic carbon (SOC, A), labile organic carbon (LOC, B), microbial organic carbon (MBC, C), dissolved organic carbon (DOC, D), and particulate organic carbon (POC, E) under different treatments. Data are mean ± SD (n = 4). Different lowercase letters represent significant differences under different treatments. Different capital letters indicate significance between 0- to 10-cm and 10- to 20-cm soil layers of each treatment.






Figure 3 | MBC/SOC (A), DOC/SOC (B), LOC/SOC (C), and POC/SOC (D) under different treatments. Data are mean ± SD (n = 4). Different lowercase letters represent significant differences under different treatments. Different capital letters indicate significance between 0- to 10-cm and 10- to 20-cm soil layers of each treatment.





Variation on allocation proportion of soil organic carbon fractions

Mowing management did not significantly affect MBC/SOC in the 0- to 10-cm and 10- to 20-cm soil layers (Figure 3A). Compared with the CK treatment, the 12MS, 12MR, and 3MR treatments in the 0- to 10-cm soil layer significantly enhanced DOC/SOC by 86.95%, 91.18%, and 102.34%, whereas the 12MS and 3MR treatments in the 10- to 20-cm soil layer significantly increased DOC/SOC by 30.27% and 31.16%, respectively (P < 0.05, Figure 3B). Among all the treatments, the 12MS and 3MR treatments at the 0- to 10-cm soil layer had the highest and lowest ratio of LOC/SOC, and these four treatments showed no significant difference compared with the CK treatment. However, the 12MR treatment at the 10- to 20-cm soil layer significantly improved LOC/SOC by 65.53% compared with the CK treatment (P < 0.05, Figure 3C). With respect to the POC/SOC ratio, the 12MS, 12MR, and 3MR treatments at the 10- to 20-cm soil layer were 24.5%, 29.09%, and 35.89% higher under the CK treatment, respectively (P < 0.05, Figure 3D).



Variations in soil enzyme activities

Most soil enzyme activities increased after 4 years of mowing management treatments. In the 0- to 10-cm soil layer, the 12MR, 3MS, and 3MR treatments significantly improved soil sucrase activity by 42.04%, 28.42%, and 41.47%, respectively (P < 0.05, Figure 4A). However, only 12MR significantly improved soil sucrase activity at 10- to 20-cm soil layer by 44.13% (P < 0.05, Figure 4A). In treatments of 12MS, 3MS, and 3MR, soil urease activity at 0- to 10-cm soil layer showed increases of 24.45%, 14.52%, and 17.54%, respectively, compared with the CK (P < 0.05, Figure 4B). In comparison to the CK treatment, the 12MS, 12MR, 3MS, and 3MR treatments at 10- to 20-cm soil depth significantly increased soil urease activity by 17.51%, 28.42%, 31.26%, and 48.30%, respectively (P < 0.05, Figure 4B). Soil alkaline phosphatase activity at 0- to 10-cm soil layer under the 12MR, 3MS, and 3MR treatments were 27.89%, 22.65%, and 43.30% higher than the CK, respectively (P < 0.05, Figure 4C). Compared with the CK, the 12MS, 3MS, and 3MR treatments in the 10–20 cm depth significantly increased soil alkaline phosphatase activity by 18.88%, 22.88%, and 27.04%, respectively (P < 0.05, Figure 4C).




Figure 4 | Sucrase activity (A), urease activity (B), and alkaline phosphatase activity (C) under different treatments. Data are mean ± SD (n = 4). Different lowercase letters represent significant differences under different treatments. Different capital letters indicate significance between 0- to 10-cm and 10- to 20-cm soil layers of each treatment.





Relationships between soil organic carbon fractions, soil enzyme activities, and soil nutrients

Pearson correlation analysis revealed significant positive correlations between soil quality, SOC, SOC fractions, and enzyme activities. For example, a highly significant positive correlation was observed between the SOC and TP, MBC, DOC, POC, NH4+, NO3−, and sucrase and alkaline phosphatase activity in the 0- to 10-cm soil layer (Figure 5A). MBC was significantly correlated with TP, DOC, POC, NH4+, NO3−, and sucrase activity. DOC was significantly correlated with TP, SOC, MBC, POC, NH4+, NO3−, and sucrase and alkaline phosphatase activity. In the 10- to 20-cm soil layer, SOC had significant positive relationships with TP, POC, and alkaline phosphatase activity (Figure 5B). Path analysis was performed to explore the underlying mechanisms of mowing management, soil enzyme activity, soil quality, SOC fractions, and SOC (Figure 6). The SOC in the 0- to 10-cm and 10- to 20-cm soil layers were explained by 89% and 93% of the variation using the path analysis model, respectively. Mowing treatments enhanced soil sucrase and alkaline phosphatase activities, then positively promoted TN, TP, NH4+, NO3−, DOC, and LOC, and hence improved SOC in the 0- to 10-cm soil depth (Figure 6A). With regard to the 10- to 20-cm soil layer, mowing management improved sucrase and urease activities, then positively influenced TC, TN, TP, LOC, and POC, and finally stimulated the content of SOC (Figure 6B).




Figure 5 | Pearson correlations between soil nutrient, SOC, SOC fractions, and soil enzyme activities under 0–10 cm depth (A) and 10–20 cm depth (B). The symbols *, **, and *** indicate significant correlations at the 0.05, 0.01, and 0.001 levels, respectively. The bottom axis is the legend, on which correlation coefficient values are represented by different colors.






Figure 6 | The structure equation model describes the plausible pathways by which mowing management treatment influenced SOC content at 0–10 cm depth (A) and 10–20 cm depth (B). Soil enzyme activities are shown in yellow, soil nutrients in green, SOC fractions in red, and SOC in orange. Blue solid arrows from thick to thin indicate positive pathways (p < 0.001, p < 0.01, and p < 0.05), and light dashed gray arrows indicate non-significant relationships (p > 0.05). The numbers next to arrows are standardized path coefficients, and the arrow width represents the strength of the relationship. The proportion of the variation (R2) values occurs aside each response variable in the model. SU, sucrase activity; UR, urease activity; AP, alkaline phosphatase activity; TC, total carbon; TN, total nitrogen; TP, total phosphatase; IN, NH4+ and NO3−; DOC, dissolved organic carbon; LOC, labile organic carbon; POC, particulate organic carbon; SOC, soil organic carbon.






Discussion


Effects of mowing treatments on soil properties

Soil salinity increased after 4 years of mowing management, especially in the 12MR and 3MR treatments (Table 1). We considered that mowing and removing reed straw treatment can cause an increase in bare ground and soil evaporation, decreasing soil moisture and increasing soil salinity (Marschner et al., 2015). Moreover, improved plant transpiration and more water absorb by root with increased plant growth may elevate soil salinity (Chen et al., 2019). Mowing is an important management practice on grassland that has been proved to improve ecosystem carbon stocks (Koncz et al., 2017). We found that mowing management increased soil TC and TN and decreased soil C/N ratio (Table 1), which is similar with the previous studies (Wei et al., 2016). Mowing disturbs the equilibrium between soil and plant by removing aboveground biomass and decreases water and nutrient supply requirements for aboveground parts, resulting in more reallocation of resources to roots (Xu et al., 2012; Tuffa et al., 2017). Accordingly, a more favorable energy environment induced by persistent mowing is helpful for facilitating plant productivity, root biomass, and root exudates, which may increase soil C and N stocks (Cong et al., 2014; Li et al., 2017; Yu et al., 2017). In addition, the incorporation of reed straw into the soil may improve soil physical, chemical, and microbial condition, thereby providing more energy for the accumulation of soil C and N (Zhang et al., 2016; Bu et al., 2020). Mowing management also decreased soil C/N ratio, indicating that mowing could stimulate the release of more nitrogen for use by plants. Mowing management treatments increased the concentrations of soil TP and NH4+ in 0- to 10-cm soil layer but had significant impact on NO3− concentration in both two soil layers (Table 1). The increased soil TP, NH4+, and NO3− were mainly related to enhanced plant biomass and root vitality induced by mowing, which led to more efficient recycling of P and N (Tanaka et al., 2017; Kotas et al., 2017). Positive correlations between soil TP, NH4+, NO3-, TC, TN, SOC, and SOC fractions provide evidence for the stimulation of soil quality and SOC among the different mowing management treatments.



Effects of mowing treatments on SOC

Our results suggested that 4 years of mowing led to a significant increase in SOC contents at 0- to 10-cm and 10- to 20-cm layers, indicating that the mowing management measures elevated SOC pool in P. australis wetland. These results were in line with previous studies (Ziter and MacDougall, 2013; Poeplau et al., 2016; Li et al., 2017), in which mowing enhanced SOC accumulation and changed SOC composition in grassland ecosystem. Moderate mowing improved the plant productivity by stimulating the dominance of efficiently regrowing plant species through the favorable energy environment for plant (Erktan et al., 2018; Zong and Shi, 2019). Our results supported these ideas and found that mowing regime improved P. australis vitality, dominance, and productivity (Cui et al., unpublished data), which agreed with previous studies (Asaeda et al., 2006; Köbbing et al., 2013). Four mowing management treatments can improve illumination and ventilation conditions, thereby promoting the germination rate and photosynthetic efficiency of P. australis for the improvement of reed density and primary productivity (Chai et al., 2019). SOC distribution is regulated by plant productivity and root biomass, because the root biomass and their exudates were closely correlated with SOC accumulation (Keller et al., 2015; Poeplau et al., 2015). Thus, higher SOC in the soil of mowing treatments than control could be partly ascribed to the improved P. australis productivity and C sequestration capacity via increased C input and N retention, as the P. australis biomass in four mowing treatments is higher than those in control plot (Cong et al., 2014; Li et al., 2017). Interestingly, we observed that SOC content in the 12MR and 3MR treatments were higher than the 12MS and 3MS treatments. After harvesting and returning the P. australis straw into the soil under the 12MS and 3MS treatments, the P. australis straw decomposed very slowly in the flooded anerobic environment, especially after experiencing 4 years of straw addition. The low SOC content mainly be attributed to the low decomposition rate of reed straw, restricting the P. australis germination and growth, as supported by our observation that P. australis density and biomass in the 12MR and 3MR treatments are lower than that in the 12MS and 3MS treatments (Cui et al., unpublished data).

Our results from correlation and path analysis suggested that the influencing factors that affected SOC were different under the 0- to 10-cm and 10- to 20-cm soil layers, whereas the factors would change depend on the alteration of soil properties and carbon fraction dynamics. Path analysis showed that SOC content in the 0- to 10-cm soil layer was directly controlled by TN, TP, NH4+, NO3−, DOC, and LOC and indirectly controlled by sucrase and alkaline phosphatase activity (Figure 6A). However, SOC content in the 10- to 20-cm soil layer was directly dominated by TC, TN, TP, POC, and LOC and indirectly regulated by the sucrase and urease activity (Figure 6B). A significant relationship was found between SOC and TN content in two soil layers (Wang et al., 2015; Assefa et al., 2017), which suggested that the increased TN content would be benefit for the accumulation of SOC in this N-deficient coastal wetlands (Zhao et al., 2018). Significant positive correlation between SOC and TP was exhibited in two soil layers, indicating that increased soil nutrient may improve the input of soil organic matter. DOC, POC, and LOC were most strongly correlated with SOC, and these SOC fractions would serve as the indicators of SOC content and soil quality, in line with findings obtained from the previous studies (Wang et al., 2015). Thus, mowing management accelerated more SOC storage by elevating soil nutrient and active SOC fractions in P. australis wetlands.



Effects of mowing treatments on SOC fractions

MBC, as an active form of SOC, has been regarded as an indicator of soil quality and function (Xu et al., 2011). The significantly higher MBC contents found in the 12MR and 3MR plots than the control plots could due to the higher root biomass and materials (Figure 2), which provide adequate nutrients and substrates for microorganisms to improve microbial growth and populations (Sheng et al., 2015). Mowing and removing reed straw can improve P. australis photosynthesis and increase distribution of C to soil, causing the enhancement of microbial C sources (Li et al., 2017). MBC significantly correlated with TP, SOC, DOC, POC, NH4+, NO3−, and sucrase activity, suggesting that mowing and removing reed straw increased soil nutrient availability and provided more favorable environment for the development and activity of microbial. The P. australis straw addition to the seasonally flooded wetlands is difficult to be decomposed, which limits oxygen exchange and restricts the growth of microorganisms, leading to lower MBC in the 12MS and 3MS treatments (Zhao et al., 2018). In addition, given that above- and belowground biomass input more nutrients on top soil, MBC concentration in the 0- to 10-cm depth was higher than in the 10- to 20-cm depth.

DOC is mainly derived from microbial decomposition of plant residues and soil organic matter and plays an important role in soil nutrient transformation and cycling. Our results showed that DOC contents in four mowing management treatments were significantly higher than in the control (Figure 2). The effects of mowing management on soil DOC content are likely driven by two mechanisms. First, mowing management increased input of aboveground biomass and accumulation of root exudation, resulting in the enhancement in DOC. In addition, mowing and straw returning caused greater DOC input through root exudation of labile carbon and decomposition of straw residues (Xie et al., 2013; Wang et al., 2015). Second, these results of correlation analysis confirmed that soil DOC content promoted by soil TP, MBC, POC, NH4+, NO3−, and sucrase activity. Mowing treatments also enhanced the activity of soil microorganisms and the water-soluble metabolites in soil (Yu et al., 2020). Notably, the increased DOC effect was stronger in the 12MR and 3MR treatments than that of the 12MS and 3MS treatments. This finding could be because the continuous reed straw returning to the seasonally flooded wetlands decomposed very slowly in anaerobic environment and inhibited the P. australis regrowth, thereby suppressing the input of new labile C.

LOC is the component with the fastest turnover rate of SOC, and the changes of LOC can reflect the availability and timeliness of soil organic matter in various degrees (Xu et al., 2011). Our results showed that the 12MS and 12MR treatments significantly increased LOC content compared with the CK (Figure 2), indicating that mowing in December can stimulate activity of soil microorganism and promote bio-accumulation of LOC in soil (Chen et al., 2016). In addition, close correlations among LOC, TC, and TN in both two soil layers were observed, which suggested that TC and TN were driving force of LOC turnover in this region. This was because soil TC and TN promoted the decomposition and utilization rate of microbial, resulting in the enhancement of soil organic matter input into the soil, thus improving the LOC content (Chen et al., 2012). POC is mainly derived from undecomposed or partially decomposed plant residues and microbial biomass and is very sensitive to land use and management practice (Xu et al., 2011; Sharma et al., 2014). The improved content of POC was also attributed to the higher plant residues and root biomass compared with the CK, which might create more beneficial environment to POC accumulation by providing litter and root exudates for soil microorganisms (Sharma et al., 2014). The significant positive correlation between POC and other SOC fractions also supported the above explanations. Mowing practices enhanced more organic matter input and did not damage soil aggregates, thus making POC enriched in soil aggregates.



Effects of mowing treatments on enzyme activities

The critical roles that enzymes play in biochemical processes and nutrient cycling have been demonstrated in wetlands (Acosta-Martinez et al., 2018). Sucrase, urease, and alkaline phosphatase are considered as important indices of soil C, N, and P cycling, respectively. In our study, the activities of sucrase, urease, and alkaline phosphatase were the highest in the surface layer and decreased with the soil depth. This is mainly due to the abundant nutrient in surface soil that was driven by the greater inputs from plant litter, residues, and root exudates. We found that the 12MR, 3MS, and 3MR treatments only significantly increased the sucrase activity in the 0- to 10-cm soil depth (Figure 4), which is consistent with the results of Song et al. (2022), who found mowing removal or return straw treatments significantly enhanced the sucrase activity in surface soil of reed wetlands. Mowing management could improve soil quality by increasing aboveground and root biomass input in this study. The sustained nutrient input from plant or root to soils favors the growth and activity of microorganisms, accelerating the synthesis of sucrase enzyme (Finzi et al., 2015). Regression analysis showed that sucrase enzyme activity was controlled by soil C, N, P, SOC, SOC fractions, NH4+, and NO3−, which supported these above explanations. Moreover, SOC and its fractions can also adhere to soil enzymes to form humus–protein complexes to protect enzymes from decomposition (Mohammadi et al., 2017). Our results revealed that mowing management enhanced urease activity, and only the 3MR treatment increased alkaline phosphatase activity in both two soil layers (Figure 4). Similar results were also observed in steppe, where the urease and alkaline phosphatase activities increased significantly after nine years of mowing (Jing et al., 2022). Mowing management effectively improved urease enzyme activity, indicating that mowing accelerated the conversion efficiency of soil N. Increase in urease enzyme activity from mowing was may attributed to improved root activity and exudates, which boosted soil microbial metabolism and activity. In addition, the differences in microclimates under different mowing management treatments also might affect soil enzyme activities.




Conclusion

This study explicitly illustrated the responses of soil properties, SOC, SOC fractions, and enzyme activities to different mowing management treatments in P. australis wetland of the YRD, China. Results showed that mowing management treatments significantly increased soil TC, TN, and TP and decreased soil C/N ratio. Four years of mowing treatments stimulated SOC, SOC fractions, and soil enzyme activities in reed wetlands, and the increase effect was pronounced in the 0- to 10-cm soil layer. Moreover, SOC in mowing and removing straw treatments showed the higher value than mowing and returning straw treatments. Mowing management improved SOC content by changing soil nutrient, SOC fractions, and enzyme activities. Therefore, we suggest that mowing and removing P. australis straw in December and March in coastal wetlands of the YRD can be considered an effective strategy that benefits soil quality, enzyme activities, and carbon sequestration and optimizes the coastal wetlands function.
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There are different environmental pressures in coastal and inland wetlands resulting in phenotypic variation among plant populations, which might be related to epigenetic modifications. Phragmites australis is a widespread plant in coastal and inland wetlands, and the phenotype of the population is selected by salinity, but the reasons for the population differences in salt tolerance and phenotype are unclear. We investigated coastal and inland P. australis populations grown under two salinities and two manipulated DNA methylation levels in common gardens. The plants were sprayed with 5-azacytidine (DNA demethylation agent) regularly, and the physiological and morphological traits of reeds were measured. Plant height, density, and basal stem of reeds from different sources were significantly different and correlated with soil conductivity of sampling sites (P < 0.05). Salinity significantly decreased the biomass (37.04%, P < 0.05) and plant height (24.68%, P < 0.05) of inland reeds but had no significant effect on coastal populations (13.48%). P. australis responds to salt stress through phenotypic plasticity, and inland wetland populations exhibit local adaptation to freshwater. Increased salt tolerance in inland populations following DNA demethylation, particularly biomass, plant height, and basal stems (increased 23.62%; 13.08%; 5.35%, respectively), could provide more opportunities in adverse environments. This study will provide important insights into the highly adaptive mechanisms of the large non-model plant.
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Introduction

Coastal wetlands face increasing salinization, but this is not happening in inland wetlands (Jacqueline et al., 2008; Zhou et al., 2022). Plants growing in coastal and inland wetlands experience different environmental stresses. Plants respond to heterogeneous environments through phenotypic variation resulting from genetic variation or epigenetic modification, since the dispersal ability of most plants is limited (Nicotra et al., 2010). Spontaneous new mutations in epigenetic variation, such as methylomes, are more likely to occur than in genetic variation (i.e., DNA sequences) (Herrera and Bazaga, 2010; Becker et al., 2011). DNA methylation (the best-studied epigenetic mechanism in plants) has been widely proved to be strongly associated with adaptive phenotypic traits in natural plant populations (Platt et al., 2015; Liu et al., 2018). Phenotypic variation related to fitness should be subject to natural selection, which leads to population differentiation among different ecological environments. Epigenetic modifications, very similar to the DNA sequence, are usually divergent in other plant species and populations. Methylation alterations of populations associated with morphological changes and adaptive genetic divergence were detected in different habitats (Gao et al., 2010; Herrera and Bazaga, 2010). Thus, DNA methylation variety might be responsible for the phenotypic differentiation in natural populations together with genetic variation.

Environmental stimulation could change DNA methylation patterns in many species (Zhang et al., 2013; Thiebaut et al., 2019). In different conditions, plant populations have specific epigenetic (DNA methylation) loci which were inferred to have a functional role in population differentiation. The adaptive mechanisms of DNA methylation in stress responses are reasonably well understood for model plants Arabidopsis thaliana (Dowen et al., 2012; Schmid et al., 2018); for example, regulated gene expression and DNA methylation in the promoter play an important role in salt tolerance (Baek et al., 2011). However, the relationship between epigenetics and the environment might vary from species to species in non-model species. In the wild plant populations, the 5-methylcytosine of Spartina alterniflora and Borrichia frutescens was significantly correlated with salinity gradients (Foust et al., 2016). The comparison of mangroves (Laguncularia racemosa) in salt marsh and riverside showed morphological dissimilarities and DNA methylation levels of polymorphism (Medeiros et al., 2010). This relationship is consistent in environmental variation and epigenetics related to water availability and temperature adaptation in Allopolyploid orchids (Paun et al., 2010). Methylation and direct environmental relations in stress resistance, geographical distribution, and species differentiation are still the focus of research.

Common reed (Phragmites australis (Cav.) Trin. ex Steud.) is a cosmopolitan species with high phenotypic plasticity (Eller et al., 2017; Packer et al., 2017). Salinity is a significant selective factor in P. australis populations. With the salinity gradient, morphological, physiological, or genetically different, heterogeneous, various ecotypes were formed in the coastal wetland and inland wetland (Zhao et al., 1999; Zhang et al., 2003; Zhuang et al., 2010). Many studies have found that salt tolerance in P. australis was related to phenotypic plasticity and genetic differentiation (Achenbach et al., 2013; Song et al., 2021). It has also shown that methylation patterns of different ecotypes of reed vary in saline-alkali meadow habitats in China, and phenotypic traits were more closely related to epigenetic diversity than genetic diversity (Liu et al., 2020; Qiu et al., 2021). However, it is still unclear whether the differences in phenotypic plasticity of different populations of reeds in coastal habitats are caused by DNA methylation.

The modified DNA methylation triggers phenotypic plasticity and promotes rapid adaptation and transgenerational inheritance (Gonzalez et al., 2016; Puy et al., 2021). In recent years, artificial demethylation methods have been used to study the significant effects of epigenetic modification on functional traits, fitness, and ecological interactions. DNA demethylating agent 5-azacytidine (5-azaC) was a direct inhibition of methylation by inhibiting transcription and indirect elimination of methyltransferase (Gurminder et al., 2000; Bossdorf et al., 2010). Seed soaking methods in previous studies have inside effects like lower germination and reduced vigor and survival (Bossdorf et al., 2010). The novel approach of spraying demethylation has shown a good demethylation effect with less harm to plants (Puy et al., 2018; Münzbergová et al., 2019). DNA methylation is unstable, and environmentally sensitive, high-salinity environments induce genome-wide DNA hypermethylation, indicating robust epigenome regulation in the presence of a stressor factor (Miryeganeh et al., 2021).

In this study, we compared the salt tolerance of coastal and inland populations of P. australis. We quantify trait variation of two populations transplanted to two salinity conditions with specific demethylation treatment. In our study, we aimed to investigate (1) whether the P. australis growing in inland and coastal areas are ecophysiological traits different in response to salinity and (2) whether DNA methylation variation plays a role in population ecophysiological traits variation in salt adaptation.



Materials and methods


Plant material and cultivation

We collected rhizomes of P. australis from coastal wetland Yellow River Delta and inland wetland Mata Lake (Figure 1). The Yellow River Delta and Mata Lake Wetlands are located in eastern China. Yellow River Delta is the mouth of the Yellow River and is the youngest estuarine wetland in China. Seawater erosion makes the soil and groundwater contain more soluble salt, and the soil salinization is serious (Valladares et al., 2014; Guan et al., 2016). Mata Lake is formed by the convergence of seven rivers and is known as a typical inland shallow lake wetland in northern China. Mata lake is low-lying, with 1,334 ha of reed fields, and has good natural ecological resources (Li et al., 2007). Rhizomes were collected in each wetland as experimental materials. We also collected the soil samples with a five-point sampling method for pH, soil conductivity, and nitrogen and phosphorus content measurement at each site. Soil conductivity was measured by a conductivity meter (FE38, Mettler-Toledo, China). Soil pH was measured by a pH meter (FE28, Mettler-Toledo, China). The total soil N content (%) was measured by Kjeldahl determination (K9860, Hanon, China). The full P content (%) was measured with the molybdenum bismuth photometer and UV spectrophotometer (UV-2550, Shimadzu, Japan), and the leaf ratio of nitrogen to phosphorus was calculated.




Figure 1 | Map of China (A) highlighting the location of the inland and coastal wetland populations of Phragmites australis (B) collected and used in our experiment and the location of common garden (Fanggan).



The rhizomes were taken back to the greenhouse at Shandong University Fanggan experimental station (36°26′N, 117°27′E). They were propagated in shallow sand for 4 weeks to preculture and initiate adventitious shoot at the stem nodes. The adventitious shoots were planted with rhizome when 15–20 cm high into 16-l pots (20 cm in diameter and 25 cm in height) filled with local river sand and 10 g of slow-release fertilizer per pot (Peters Professional NPK 20-20-20 + Fe, The Scotts Company, USA). The seedlings were sufficiently watered with tap water twice a week in the first month and then once a day. The average temperature of the greenhouse was 25.75°C, and humidity was 73.23% during the experiment. The pots were placed in random order to minimize undesired position effects.



Demethylation and salt treatments

The experiment was a 2 × 2 × 2 factorial design with the factors being “origin” (coastal, inland), “demethylation” (0, 100 μmol), and “salt” (0‰, 20‰). There were five samples from inland wetland and 10 samples from coastal wetland, a total of 60 pots. The collected plants were preadapted for 1 month with daily cultivation in the greenhouse. The experiment ran for 106 days after that, from 1 June 2019 to 30 September 2019. Each pot reproduced asexually multiple plants from the first reed seedlings and rhizomes during the experiment.

The DNA demethylation process started on 30 June 2019, and the plants were divided into two chambers, separated by plastic sheets. The plants in one chamber were sprayed with 100 μmol 5-azacytidine solution of DNA demethylation agent and mixed with 2 ml of surfactant (silicone additive), and the other plants in another chamber were sprayed with water and 2 ml surfactant as a control group (Puy et al., 2018; Herrera et al., 2019; Münzbergová et al., 2019). The treatment was carried out in the later afternoon every 2 days from June 30 to August 10. The plants were sprayed around to ensure that each leaf was sprayed.

The salt treatment was added with 40 g salt (NaCl) on July 30 to half pots of each clone both in the demethylation group and in the control group. The salt treatment continued until the experimental harvest time, when additional salt was added and watered normally.



Measurement of growth traits

The highest six plant heights in each pot were measured every month. We measured five shoots’ base diameters for mean value and counted the shoot number in each pot at the end of the experiment. The flowering rate and aphid-infected rate were determined as cumulative flowering number and aphid-infected shoot number divided by the total shoots in each pot, respectively. Finally, all pots were harvested and dried at 85°C to constant weight with an oven for dry stems, leaves, flowers, and belowground biomass.



Measurement of leaf traits

Three fully developed leaves were chosen in each pot before harvest for specific leaf area (SLA) analysis. The leaves were scanned with a scanner (Canon E560) and dried to constant weight. The leaf area was determined by ImageJ ver. 1.52. The specific leaf area was estimated based on the ratio of leaf area to leaf dry mass.

Leaf chlorophyll parameters were measured at the end of experiment. Five circle pieces were sampled with a hole puncher in fully expanded and healthy leaves and measured for fresh weight. After extraction by 95% ethanol (v/v), the concentrations of leaf chlorophyll a and b and total chlorophyll (mass-based) were calculated as below (Lichtenthaler, 1987).

Chla = 13.95 A665 - 6.88 A649

Chlb = 24.96 A649 - 7.32 A665

Chl = Chla+Chlb

To assess the differences in water availability of the leaf, the relative water content (RWC) was measured. Three pieces of leaves were cut out in each pot, and the fresh weight was weighed as Wf with the analytical balance. The leaves were placed in a sealed ziplock bag and soaked for 24 h in tap water, and the leaves were gently blotted and quickly weighed as the saturated water content (Ws). The leaves were dried at 85°C to constant weight with an oven (48 h) for the dry weight (Wd).

RWC (%) = (Wf - Wd)/(Ws - Wd) ×100%

Photosynthesis was measured on the third youngest fully expanded leaf with LI-6800 (Portable Photosynthesis System, LICOR, USA) in each pot, including net photosynthetic rate (Pn), respiratory rate (E), and stomach conductance (gs). It was conducted on the morning of a sunny day at a 500-ml s−1 flow rate with 70% influx air relative humidity, 400 ppm CO2 concentration, and 1,800 mol m−2 s−1 PAR. We measured the gas exchange parameters four times on July 30 (at the demethylation for 1 month), August 1 (on the first day after salinity treatment), August 8 (at the end of demethylation and continuing salinity treatment), September 17 (before the final harvest), separately.



Measurement of phenotypic plasticity

The phenotypic plasticity indexes (PPI) of traits were calculated, and the calculation formula was as follows: PPI = (Vmax - Vmin)/Vmax, where Vmax represented the maximum value of the trait, and Vmin represented the minimum value of the trait. PPI values range from 0 to 1, where 0 means no plasticity and 1 means maximum plasticity.



Data analyses

We tested the effect of origin, salinity, demethylation, and all their interactions on all the variables with three-way ANOVA. Multiple levels of main effects were compared by Duncan’s multiple-range tests at the 5% significance level. The effects of 5-azaC, salinity, and their interaction were tested as three variance sources, using the tray mean squares as error term. The relationship between soil characteristics and plant traits was analyzed by simple linear analysis. Data analyses were performed using the SPSS 22.0 software package (SPSS Inc., Chicago, IL). Figures were drawn using Origin 9.0 software (OriginLab Co., Northampton, MA).




Results


Growth traits

Salinity significantly decreased total biomass (inland 37.04%; coastal 13.48%) and aboveground biomass (Table 1; Figure 2A). The biomass of the stem, leaf, and flower decreased significantly with the increase in salinity, and the ratio of root to shoot was significantly increased (Table 1; Figure 2B). Different origins mainly produced significant differences in underground biomass and root-to-root ratio. The underground biomass of inland is greater than that of coastal. DNA demethylation increased the biomass of inland and coastal populations, but it was not statistically significant. There is no interaction with biomass between salt, source, and demethylation (Table 1).


Table 1 | Three-factor analysis of variance for phenotypic variance of different Phragmites australis origins with salinity and demethylation treatments.






Figure 2 | Total dry mass (A) and biomass allocation (B) of Phragmites australis populations grown with salinity (0‰ vs. 20‰) and DNA demethylation (0 vs. 100 μmol) treatment, respectively. Mean ± SE. Letters in a indicate significant differences between all treatments for total biomass, and letters inside bars in b indicate differences between treatments for each plant part. Bars sharing the different letters are different at P < 0.05.



After adding salt, the plant height decreased in the demethylation and no demethylation groups and especially significantly decreased in inland population. There were significant differences in density, diameter, and height between reeds from different origins, but the changing trends of plant height, diameter, and density were different. The inland population had greater plant height and basal diameter than the coastal population (Table 1; Figure 3). The density of reeds was lower in inland populations than coastal populations. Density and basal diameter were significantly negatively correlated  Table 2 (r = 0.565, P = 0.000, n = 56). Plant density was positively correlated with soil electrical conductivity Table 2 (Pearson correlation, r = -0.599, P = 0.000, n = 56), while reed base diameter was negatively correlated with soil electrical conductivity at the sampling site Table 2 (Pearson correlation, r = -0.538, P = 0.000, n = 56). There was no significant difference in specific leaf area at the end of the experiment. Except for the flowering rate, the plasticity index of all phenotypic traits of the coastal population was higher than the inland population (Figure 4).


Table 2 | Correlation between soil electrical conductivity and Phragmites australis diameter and density.






Figure 3 | Shoot height (A), diameter (B), density (C), and flower rate (D) of Phragmites australis populations grown with salt (0‰ vs. 20‰) and DNA demethylation (0 vs. 100 μmol) treatment, respectively. Bars sharing the different letters are different at P < 0.05. Mean ± SE.






Figure 4 | The difference in photosynthetic rate (A)of Phragmites australis populations grown with salt (0‰, 20‰) and DNA demethylation treatment (0, 100 μmol) at different times.



The flower biomass, flowering number, and flowering rate were significantly reduced by the influence of salinity (Table 1). There were also significant differences in flower biomass of reeds from different origins. The flowering number of the coastal population was larger than that of the inland population, and the number of aphids in the coastal population was significantly larger than that of the inland population.



Leaf traits

The demethylation treatment significantly reduced the photosynthetic rate, and the transpiration and stomatal conductance of reeds from inland origin was greater than that of coastal reeds (Table 1; Figure 4). The photosynthetic rate decreased the next day after salt addition, and the transpiration rate and stomatal conductance were affected by the interaction between the origin and DNA demethylation. After 1 week of salt added, the photosynthetic transpiration stomatal conductance was significantly reduced, and the stomatal conductance was affected by demethylation. After 45 days of salt treatment, the difference in photosynthesis rate disappeared. Transpiration and stomatal conductance were affected by the interaction of salt and demethylation. At the end of the experiment, there was no significant difference in leaf chlorophyll and relative water content.



Phenotypic plasticity

The phenotypic plasticity index of biomass (0.3–0.8) was higher than other parameters (0.1–0.4; Figure 4) in both inland and coastal origins. The PPI of root biomass, stem root biomass, leaf root biomass, and total biomass, plant height, density, and basal stem in the coastal group were all higher than that in the inland group (Figure 5,).




Figure 5 | Phenotypic plasticity index (PPI) of Phragmites australis populations grown with salt and DNA demethylation treatment.






Discussion


Differential response of P. australis populations to salinity

In our common garden, we found that the inland population had a higher fitness (biomass-based) in 0‰ salinity; the biomass, shoot height, and diameter of the inland population were negatively affected by salinity. This result showed an advantage of the inland population in freshwater habitat; this advantage means a local adaptation to freshwater. In addition, the inland population of P. australis had higher and thicker shoots than the coastal population, but stem density was much smaller, both in this common garden experiment and in previous research (Hanganu et al., 1999; Song et al., 2021). We determined the relationship between morphology and soil conductivity of the sampling site through correlation analysis. The wild population of P. australis has a phenotypic differentiation between freshwater and saltwater. The long-term environmental differences in the field conditions make the adaptability differences between the populations, which has also been found in other studies (Hanganu et al., 1999; Burdick and Konisky, 2003; Zhang et al., 2003).

There were no significant effects on fitness and traits in the coastal population before and after salt was added, indicating no local adaptation to salt. All populations increased underground biomass to increase water absorption and maintain osmotic pressure under salt stress. Photosynthesis decreased in the short term and maintained a normal level after a long-term response. Reduced flowering rate showed a delayed reproductive period. In our previous studies, it was believed that the salt tolerance of P. australis was mainly affected by phenotypic plasticity (Song et al., 2020; Zhou et al., 2021). In this study, P. australis adjusted the phenotype in the salt environment; however, they can still maintain the physiology without dying, confirming that phenotypic plasticity can increase the ability of the P. australis population to adapt to the salinity environment. Although the importance of phenotypic plasticity and local adaptation differs in populations, the adaptive phenotypic variation resulting from the two strategies together influences the actual performance of the plant.



The role of methylation in response to salinity

DNA demethylation resulted in higher biomass and shoot height in the inland population after adding salt. The significant difference caused by salt was weakened after demethylation (Figures 2, 3A), and this alteration was not found in the coastal population. The same trends were found in the diameter, flowering rate, and photosynthetic rate of P. australis. These showed that DNA demethylation enhanced the salt tolerance of the inland population. It may be that the higher level of methylation makes the plant not tolerant to salt. In a recent study, it has been confirmed that hypomethylation leads to more significant activation of salt stress-related genes (jasmonic acid synthesis and signal transduction genes) in tetraploid rice, enhancing its salt tolerance (Wang et al., 2021). Previous studies have found a correlation between the response of epigenetic regulation to specific environmental factors and phenotype through amplified fragment length polymorphism (AFLP) and methylation-sensitive amplification polymorphism (MSAP) (Gurminder et al., 2000; Gao et al., 2010). The correlation between 5-methylcytosine and phenotypic plasticity has also been proved (Fieldes et al., 2005; Gao et al., 2010; Zhang et al., 2013). This experiment further proved that epigenetic variation is reversible; this could adjust the salt adaptation of P. australis. Although the plants were pre-cultured, the maternal effects and genetic diversity might confound the results; more epigenetic modifications cross-generational experiments are still needed.

Experimental DNA demethylation did not affect the traits of P. australis at the end of experiment, except for short-term photosynthesis damage. Spraying DNA demethylation agent 5-azacytidine changed the salt tolerance among reed populations from different origins but was not harmful to the plant. 5-Azacytidine has a broad cell expression cytotoxicity when less than 100 µmol, has no targeted and whole effect on plant performance, and is expected to increase the gene expression and transposon variation of transposons (Klaas et al., 1989; Griffin et al., 2016). A similar method used found considerable intraspecific heterogeneity in the phenotypic and ecological correlation of plants (Herrera et al., 2019). In other studies, DNA demethylation by seed soaking strongly reduced the growth and adaptability of plants and delayed their flowering (Bossdorf et al., 2010). The toxic effect of 5-azacytidine was excluded from the experiment. Experimental DNA demethylation is a useful and practical method to study the importance of epigenetic modification of the genome for plant response to the environment. For large plants, experimental treatment dose and time should be considered.




Conclusion

Although phenotypic differentiation of populations occurs in heterogeneous habitats and phenotypic changes may be associated with DNA methylation, it has rarely been demonstrated that changes in methylation lead to tolerance to induced stress. Salinity and geographical origin had important effects on the physiology and morphology of P. australis. The variation of shoot height, density, and basal stem diameter of reed plants from the different origins was related to soil conductivity; the population from inland wetland showed a local adaptation to inland. Plant biomass and plant height were affected by salinity, and instantaneous photosynthetic response was also affected, but there is no difference after long-term adaptation. All P. australis responded to the salt environment through phenotypic plasticity. The phenotypic changes observed in 5-azaC-treated plants led to differences in morphological adaptation, which can provide more opportunities for reeds in unfavorable environments. Demethylation did not damage the plant traits. Collaborative investigations of experimental DNA changes and molecular methods should be used in plant experiments to understand the epigenetic variation of plant populations adapting to heterogeneous habitats.
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Coastal estuarine wetlands are important transition zones between rivers and oceans and are extremely rich in biodiversity. In recent years in China, large-scale reclamation and development of coastal cities have imposed serious pressures on coastal ecosystems. Thus, assessing the ecological quality of estuarine wetlands is extremely important for sustainable development. Our study focuses on four typical estuarine wetlands at the mouths of the Yangtze, Yellow, Liaohe and PearRivers. Their ecological quality between 2000 and 2020 was assessed using a remote sensing ecological index (RSEI), which was derived from several remote sensing indexes processed via the online Google Earth Engine platform. From 2000 to 2020, the RSEIs of coastal wetland increased from 0.42 to 0.63 in the Liao River estuary, 0.27 to 0.45 in the Pearl River estuary and from 0.47 to 0.54 in the Yangtze River estuary, and decreased from 0.56 to 0.49 in the Yellow River estuary. The spatial distribution in ecological environmental quality was significantly clustered. High-high clusters occurred mainly in areas of lush vegetation, while low-low clusters were mostly found in built-up areas or coastal zones. Aquacultural and built-up areas had negative impacts on the ecological environment, while vegetation cover had a positive influence. The quality of the ecological environment within these wetlands has gradually improved due to the environmental management policies of national and local governments. This approach to evaluating the ecological quality of estuarine wetlands using the RSEI and Google Earth Engine provides critical information to inform sustainable development policy.




Keywords: spatial-temporal variation, ecological environment quality, remote sensing ecological index, coastal estuarine wetlands, Google Earth Engine



Introduction

Wetlands are one of the world’s three main types of natural ecosystems (Zedler and Kercher, 2005). As well as being crucial to human health and well-being, they are essential in maintaining the ecological balance of the planet and regional ecological security (Jogo and Hassan, 2010). Estuarine wetlands are characterized by their dual roles as both aquatic and terrestrial ecosystems (Ma et al., 2014). As a result, they affect many aspects of climate regulation, carbon storage, water storage and shoal protection, wave prevention and shore fixation, water purification and biodiversity preservation. (Cui et al., 2016). Due to a changing climate and human activities, China’s rapidly changing estuarine wetland ecosystems are at risk of serious degradation (Chi et al., 2018). Understanding their long-term evolution and the characteristics of estuarine wetland ecological environmental quality are important parts of research on wetland ecological restoration and the implementation of wetland protection and restoration projects.

A large number of estuarine wetland systems occur in coastal areas of China due to its numerous outflowing water systems and long southeastern coastline (Jiang et al., 2015). Representative areas include the estuarine wetlands of the Yangtze, Yellow, Liao and Pearl Rivers (Wang et al., 2021). Estuarine wetlands have an extremely rich biodiversity. They are not only important habitats for waterbirds migrating between East Asia and Australia but are also breeding rich fishery resources and provide a natural ecological security barrier for the economically developed coastal areas of China (Sun et al., 2015). As a result of intensifying climate change and human activities in recent decades, coastal wetland ecosystems have undergone substantial changes, with more than 50% of China’s wetland area being lost (Wang et al., 2021). The large-scale development and exploitation of wetland resources have caused sharp declines in wetland ecosystems and their functioning and biodiversity. This has impacted ecological security and sustainable socio-economic development in China’s coastal areas (Mao et al., 2022). However, previous field surveys have had difficulty in assessing ecological environmental quality at large regional scales (Hu et al., 2018). Geospatial data on the eco-environmental quality of coastal estuarine wetlands in China have not been fully studied over the past 20 years.

Remote sensing technology provides a wide range of data for ecosystem monitoring and has provided reliable ecological indicators in recent years. Several remote sensing indices have been developed to quantify ecological conditions (Pettorelli et al., 2005; Jiang et al., 2021; Prăvălie et al., 2022). Among them, the normalized difference vegetation index (NDVI) and other vegetation indices are the single indexes most commonly used in ecological studies (Stefanov and Netzband, 2005; Wang et al., 2022). There are also several other single indicators that perform well in eco-environmental assessment, such as the permanent vegetation fraction (PVF; (Ivits et al., 2009), which has been used to assess the ecological status and dynamics of the Andalusian riparian zone. However, it is insufficient to use a single ecological index to assess the status of an ecosystem because of the complexity and diversity of potential influences. The integration of multiple ecological indices has advantages in providing more fine-scaled monitoring of ecological conditions. Many studies have integrated multiple indexes to generate new indexes (Tiner, 2004; Wang et al., 2019). For example, Wang et al. (2019) integrated the vegetation coverage index, biological abundance index, land degradation index and water density index to establish the eco-environmental quality index. However, although these multi-factor indexes can reflect the eco-environmental quality of a region, their weights need to be determined by repeated experimentation, which may be greatly affected by artificial interference or subjective influences, resulting in different weights being used in different fields. In addition, floristic quality indices (FQI; (Bourdaghs et al., 2006), the index of biotic integrity (IBI; (Yang et al., 2018), indicator species (Siddig et al., 2016), hydrological and geomorphological indexes (Beuel et al., 2016), landscape patterns (Gu et al., 2006) and other indicators have been applied to wetland ecological environmental assessment. However, it can be difficult to obtain these indicators, many of which cannot reflect spatial variation. The remote sensing ecological index (RSEI) integrates a variety of indicators and does not need weights to be determined manually. It can provide objective, rapid, and efficient information on the ecological environment of a region (Xu et al., 2019). The RSEI method is widely used for rapid monitoring and evaluation in regional ecological environments (Jing et al., 2020; Xiong et al., 2021). While it has been applied to wetland areas (Wang et al., 2021), these applications are relatively scarce and have not been used in China’s coastal estuarine wetlands. Accordingly, the present paper applies the RSEI to the study of four typical estuarine wetlands to explore its applicability to coastal wetland research.

While the RSEI can be applied to a wide range of topics, the large volumes of data involved and the complexity of their processing present challenges. The Google Earth Engine (GEE) platform not only contains a large archive of remote sensing data but is also a cloud-based service that offers data processing by high-performance parallel computing. Using the Application Programming Interface and the web-based interactive development environment of the GEE, researchers can access, operate and visualize massive amounts of data on the cloud (Gorelick et al., 2017).

Coastal wetland refers to waters with a depth of less than 6 m at low tide and associated saturated coastal areas, including intertidal zones and coastal lowlands. In this study, RSEI data were used with the GEE to investigate the relationships between four typical estuarine wetlands without permanent water and to monitor and evaluate their ecological and environmental quality from 2000 to 2020. The aim was to study the ecological environmental quality in this region and accurately estimate its status and spatio-temporal dynamics. The results provide scientific support and technical assistance for the formulation of environmental protection policies and for the evaluation of ecological engineering projects in this region, which will promote sustainable development of the local economy, society and environment.



Data and methods


Study area

The study area (Figure 1) covered four major estuarine deltas in China (Liao River, Yellow River, Yangtze River and Pearl River).




Figure 1 | Map of the study areas (top left) with satellite images of the (A) LRE, (B) YRE, (C) YTRE and (D) PRE with wetland areas highlighted.



The Liao River Estuary (LRE; 40° 40’–41° 25’ N, 121° 25’–123° 55’ E) is located in the southern Liaohe Plain and to the north of Liaodong Bay in the Bohai Sea. It is the largest warm-temperate coastal wetland in Asia and has an average annual temperature of 8.4°C and average annual precipitation of 623 mm (Li et al., 2021).

The Yellow River Estuary (YRE; 37° 59’–37° 91’ N, 119° 09’–119° 39’ E) is located at the junction of the Bohai Sea and Laizhou Bay. The wetland here is the best preserved, most typical and youngest wetland ecosystem in this warm temperate region. It has an average annual temperature of 12.1°C and average annual precipitation of 552 mm (Cui et al., 2009).

The Yangtze River Estuary (YTRE; 30° 42’–31° 56’ N, 121° 36’–122° 12’ E) is mainly located in Shanghai and Nantong, Jiangsu Province. It has an average annual temperature of 15.3°C and average annual precipitation of 1022 mm (Zhao et al., 2009).

The Pearl River Estuary (PRE; 21° 52’–22° 46’ N, 112° 58’–114° 3’ E) contains waters near Lingdingyang Bay, Huangmao Sea, Hengqin Island and Nanshui Island. The surrounding land, from east to west, features the cities of Hong Kong, Shenzhen, Dongguan, Zhongshan, Zhuhai and Macao. Since the 1980s, China began to implement a policy of reform and opening-up, giving priority to the development of coastal areas. Gradually, a coastal economic belt centred on the PRE was formed. It has an average annual temperature of 21.9°C and average precipitation of 1647 mm (Lu et al., 2020).



Data source and data processing

Landsat 5 surface reflectance datasets for 2000, 2005, 2010 and Landsat 8 surface reflectance datasets for 2013, 2015, 2018 and 2020 were obtained via the GEE platform. These datasets contained Landsat data with radiometric and atmospheric corrections. Pixel values in the visible, near-infrared and short-wave infrared bands are corrected surface reflectance, and pixel values in the thermal infrared band are corrected temperature values at the sensor. To avoid cloud cover degrading the data quality, we selected images with< 20% cloud cover in a year; except in the PRE (a subtropical monsoon climate zone with more cloud cover), for which the threshold was< 50%. Then, based on pixel quality assessment (QA) band data provided by GEE, the clouds and shadows in the original data were removed. Finally, the mean values of these data were used to synthesize good-quality surface reflectance data, which was prepared for the calculation of ecological parameters. The technical process is shown in Figure 2 and the specific methods are introduced in Section 2.3.




Figure 2 | Flowchart of the data processing method.



Land-use/cover data for 2000–2020 (Yang and Huang, 2021) were used to analyse the relationship between land cover and the RSEI. Land cover was divided into nine categories: cropland, forest, shrub land, grassland, water, snow and ice, barren land, impervious land, and wetland. The overall accuracy of the original data in China reached 79.31%. Based on the characteristics of the research area and Landsat and Google Earth images, we reclassified the data into forest, barren land, built-up land, grassland, cropland, natural waterbodies, reservoirs and ponds. There were some errors in the original data, which were manually revised using visual interpretation. In addition, estuarine wetland data (Mao et al., 2020) were downloaded from National Earth System Science Data Center (http://www.geodata.cn/data/datadetails.html?dataguid=267682210636266&docId=10). The overall accuracy of the original data for China reached 95.1%. In order to ensure the accuracy of these data, we also modified the wetland data by combining Landsat and Google Earth images with visual interpretation.



Methods


Generation of RESI based on the GEE

In terms of remote sensing data, NDVI, wetness (WET), land surface temperature (LST) and the normalized difference bare soil index (NDBSI) were used to represent greenness, wetness, heat and dryness, respectively. These four metrics were built in the GEE. The RSEI data were obtained by principal component transformation of greenness, humidity, heat and dryness (Xu, 2013). Four remote sensing indicators were calculated as follows:

(1) NDVI

 

In Formula (1), ρnir and ρred are the surface reflectances in the near-infrared and red bands of remote sensing images, respectively.

(2) WET

 

Here, ρblue, ρgreen, ρswir1 and ρswir2 are the surface reflectances in the blue, green, shortwave infrared 1 and shortwave infrared 2 bands of the remote sensing images, respectively. For Landsat 5 images, the values of C1, C2, C3, C4, C5 and C6 are 0.0315, 0.2021, 0.3102, 0.1594, −0.6806 and −0.6109, respectively (Crist, 1985). For Landsat 8 images, they are 0.1511, 0.1973, 0.3283, 0.3407, −0.7117 and −0.4559, respectively (Baig et al., 2014).

(3) LST

In this study, the formula for calculating LST is:

 

Where λ is the central wavelength of the thermal infrared band (ρ = 1.438 × 10-2 m·K), ε is the surface emissivity estimated from the NDVI (Sobrino et al., 2004) and T is the brightness temperature obtained from the Landsat surface reflectance dataset in GEE. Landsat 8 has two thermal infrared bands; we selected the 10th band for calculation.

(4) NDBSI

The NDBSI is a composite of the soil index (SI) and index-based built-up index (IBI). The formulas are (4-6):

 

 

 

Dimensional disunity among these four indexes will lead to a weight imbalance between them. Therefore, after they were estimated, we carried out dimensionless processing of the original indexes and unified their values to [0,1]. In order to avoid the influence of large areas of water on the results, we masked water information by obtaining water boundaries through visual interpretation using Landsat and Google Earth images. Then, we carried out principal component analysis of the four regularized indexes to obtain the first principal component (PC1). As the larger PC1 is, the worse the ecological environment it represents is. In order to make the RSEI values reflect the ecological environment quality, the initial remote sensing ecological index (RSEI0) was calculated as:

 

To facilitate index measurement and comparison, for the RSEI0 dimensionless processing of remote sensing, the computation formula is as follows:

 

In Formula (8), the RSEI value range from [0,1], with higher values indicating better eco-environmental quality.



Spatial autocorrelation analysis

Spatial autocorrelation analysis can determine whether the spatial distribution of things is autocorrelated. High autocorrelation represents the existence of spatial aggregation (Sokal and Oden, 1978). In our study, Moran’s I (global spatial autocorrelation) and the local spatial correlation index (LISA) were used to analyse the spatial correlation in eco-environmental quality.

Moran’s I is a widely used global indicator of spatial autocorrelation and is calculated as:

 

where xi and xj are the grid attribute data values at positions i and j, respectively,   is the average of all grid attribute data values and n is the number of grid values in the study area. Wij is the weight of each grid cell; if grid j is directly adjacent grid i, then Wij = 1; otherwise, Wij = 0. A Moran’s I value close to 1 indicates a stronger spatial autocorrelation among grid cells. Moran’s I values above 0 indicate a positive correlation, whereas values below 0 indicate a negative correlation (Moran, 1948).

LISA reflects local autocorrelation and spatial aggregation. Even if Moran’s I = 0, there may be local autocorrelation and spatial aggregation. Therefore, LISA analysis was also carried out using Formula (10) (Anselin, 1995):

 

Where the variables are the same as in Formula (9).



Degree of land-use dynamics

An indicator of regional land-use change is the degree of land-use dynamics, which indicates how much land changed over the study period (Huang et al., 2018). This study used single and comprehensive land-use dynamic degrees to reveal land-use changes. The single land-use dynamic degree (SLUDD) expresses the area of a land-use type that changed in the study period. Its formula is:

 

where U2 and U1 represent the initial and final areas of a specific land-use type; and T represents the study period (Hu et al., 2019).

The comprehensive land-use dynamic degree (CLUDD) indicates the rate of change of various land-use types over time, and is calculated as:

 

where ΔLUij is the area of class i land transferred to class j land during the study period, and LUi is the initial area of type i land. In this study, i is built-up land, j is other land-use types, and n is the number of land use types (Huang et al., 2018).





Results


Spatial and temporal characteristics of eco-environmental quality

Figure 3 shows the RSEI values in the four estuaries from 2000 to 2020. To further explore the temporal and spatial variations in RSEI, it was divided into five grades: 0.0–0.2, 0.2–0.4, 0.4–0.6, 0.6–0.8 and 0.8–1 (for the classification criteria, refer to Yao et al., 2022). If the RSEI grade of a certain pixel did not change, it was marked as 0; if it increased by 1, 2, 3 or 4 grades, it was marked as 1, 2, 3 or 4, respectively, and if it decreased by 1, 2, 3 or 4 grades, it was marked as −1, −2, −3 or −4. In our results (Figure 4), there are no pixels that changed by 4 grades, so the results range from −3 to 3. Through Figures 3, 4, we can obtain the following results:

	The average RSEI of the LRE increased from 0.43 in 2000 to 0.64 in 2020. The eco-environmental quality of most areas in the LRE improved, especially the banks of the Liaohe River to the west side of Panjin. However, the eco-environmental quality of the LRE coastal zone is poor. The RSEI of the west coast zone decreased from 0.52 in 2000 to 0.31 in 2020, while that of the east coast zone decreased from 0.49 to 0.38, and that of islet island decreased from 0.39 to 0.26. In addition, the eco-environmental quality of the Houyaotan aquaculture area decreased significantly (RSEI decrease from 0.52 in 2000 to 0.41 in 2020).

	The average RSEI of the YRE decreased from 0.69 in 2000 to 0.57 in 2020. Although the eco-environmental quality of most areas in the middle of the YRE remained unchanged (most of these areas are cropland), the eco-environmental quality of the coastal zone decreased greatly (47%) during 2000-2020. In particular, the deterioration in eco-environmental quality was most significant in aquaculture areas. The eco-environmental quality of the sand spit of the new river mouth formed after the latest diversion of the Yellow River (1996 to present) increased most significantly (105%) during 2000–2020. The eco-environmental quality of the sand spit of the old mouth formed before the diversion (1976–1996) generally decreased (26%) by one grade.

	The average RSEI of the YTRE decreased from 0.64 in 2000 to 0.56 in 2020. These low RSEI values were mainly distributed in the coastal zone of Changxing Island and the built-up areas of Shanghai, Qidong, Haimen and Taicang. The RSEI of the built-up areas of Shanghai, Qidong, Haimen and Taicang decreased from 2000 to 2020. Among them, large areas of Shanghai and Taicang had declines in eco-environmental quality. The eco-environmental quality in some coastal zones also declined. However, the RSEI of the coastal zone of Changxing Island increased from 0.65 in 2000 to 0.53 in 2020.

	The average RSEI of the PRE decreased from 0.61 in 2000 to 0.57 in 2020. Low RSEI values were mainly distributed in built-up areas (0.31–0.43) and coastal zones (0.46–0.55), while high RSEI values were mainly distributed in areas with lush vegetation (e.g. forest; 0.63–0.85). From 2000 to 2020, the eco-environment quality of the coastal zone showed a trend of improvement. The eco-environmental quality of Shenzhen improved, while those of Hong Kong and Macao were relatively stable. However, the eco-environment quality of Guangzhou, Zhongshan, Zhuhai and Dongguan deteriorated, mainly due to urban expansion.






Figure 3 | RSEI values of four typical estuaries in 2000 and 2020. (A) LRE in 2000; (B) YRE in 2000; (C) YTRE in 2000; (D) PRE in 2000; (E) LRE in 2020; (F) YRE in 2020; (G) YTRE in 2020; (H) PRE in 2020.






Figure 4 | Change in RSEI, 2000–2020, in the (A) LRE, (B) YRE, (C) YTRE and (D) PRE.



In summary, the regions with deterioration in eco-environmental quality in the LRE and YRE were mainly distributed in the coastal zone, while deterioration in the YTRE and PRE mainly occurred in urban expansion areas.

Figure 5 shows the RSEIs of the four estuarine wetland regions from 2000 to 2020. The results show that:

	The eco-environmental quality of the LRE’s coastal wetland improved greatly (50%) from 2000 (0.42) to 2020 (0.63), especially in the first decade. The eco-environmental quality of coastal wetlands was better than those of inland and human-made wetlands. The trends in the ecological environmental quality of the three wetlands were basically consistent.

	The eco-environmental quality of the coastal wetland in the YRE first decreased (−20%) from 2000 (0.55) to 2010 (0.44) and then increased (10%) from 2010 to 2020 (0.49). The ecological environmental quality of inland wetlands decreased by 24% and that of human-made wetland decreased the most (−46%) during 2000–2020. Inland and human-made wetlands were relatively stable over the past five years.

	The eco-environmental quality of the YTRE’s coastal wetland increased by 15% from 2000 (0.47) to 2010 (0.54) but was relatively stable in the past decade. The eco-environmental quality of inland and human-made wetlands decreased by 16% and 15%, respectively.

	The eco-environmental quality of the wetland in the PRE was poor. Generally, the eco-environmental quality of coastal wetland has improved (68%) over the past 20 years (from 0.27 in 2000 to 0.45 in 2020), while those of inland and human-made wetland were slightly decreased (−8% and −14%).






Figure 5 | Temporal variations in RSEI in coastal, inland and man-made wetlands from 2000 to 2020 in the four estuaries: (A) LRE, (B) YRE, (C) YTRE and (D) PRE. Error bars represent standard deviations.





Spatial autocorrelation

To analyse spatial autocorrelation, we used 1 km × 1 km grid resampled data and analysed four typical estuaries using Moran’s I and LISA. An RSEI vs Moran’s I scatter diagram is shown in Figure 6. The points are mainly distributed in quadrants 1 and 3, indicating that ecological environmental quality in the study area was positively correlated with its spatial distribution. The Moran’s I values of the four regions in 7 years are shown in Table 1, which all show positive correlated and aggregation distribution characteristics. From 2000 to 2020, the Moran’s I values of the YRE and PRE remained stable, while those of the LRE and the YTRE showed downward trends. The areas with deteriorating eco-environmental quality in the YRE were distributed in patches (mainly in aquaculture areas), while the eco-environmental quality in the PRE was relatively stable, so the Moran’s I values in these two estuaries were relatively stable. The eco-environmental quality of the LRE increased significantly but decreased in some regions, so the spatial aggregation decreased. The eco-environmental quality of the YTRE decreased and the patches of change were scattered (Figure 4C), and the spatial aggregation decreased significantly.




Figure 6 | Global Moran’s I scatterplot of RSEIs in 2020 in the (A) Liao River Estuary, (B) Yellow River Estuary, (C) Yangtze River Estuary and (D) Pearl River Estuary.




Table 1 | Annual Moran’s I values for each region in six years from 2000 to 2020.



To explore the spatial characteristics of the RSEI, we generated LISA clustering maps (Figure 7). The RSEI showed a low-low aggregation in coastal zones and urban construction zones, and high-high aggregation in forests, grassland and other areas with relatively lush vegetation. High-low and low-high clustering were rare and sporadic in the four study areas, indicating that none had extreme environmental quality. We further analysed the LISA clustering changes and obtained the following results:

	In the coastal zone west of the LRE, the range of low-low clustering was expanding, while the range of high-high clustering was decreasing. Figure 4 also shows that the ecological environmental quality of the coastal zone west of the LRE was declining. The range of high-high and low-low clustering in the east of the LRE was decreasing. Although the eco-environmental quality in the east of the LRE showed a significant upward trend overall, the ecological environments in some regions still need to be improved.

	Low-low clustering was concentrated in the coastal zone, while high-high clustering was concentrated in the inland cropland in the middle of the study area. The ranges of high-high and low-low clustering in the YRE were expanding. This shows that the ecological environmental quality of the coastal zone of the YRE was declining and urgently needs improved protection.

	The low-low clustering range of the YTRE was also concentrated in coastal and built-up areas, while the low-low clustering range of the coastal area was shrinking. The expansion of urban and built-up areas leads to a reduction in the high-high clustering range and expansion of the low-low clustering range. In addition, low clustering in the Shanghai urban area was fragmented and the value of the Moran index, which reflects the global autocorrelation, also decreased significantly.

	The cluster of eco-environmental quality in the PRE was also stable. The high-high values in the west bank of the PRE were more concentrated, and the high-high clustering in the Islands District in Hong Kong became very fragmented.






Figure 7 | LISA clustering map of RSEIs in the (A) LRE in 2000; (B) YRE in 2000; (C) YTRE in 2000; (D) PRE in 2000; (E) LRE in 2020; (F) YRE in 2020; (G) YTRE in 2020; (H) PRE in 2020.





Relationship between land cover and RSEI

Comparing the distribution maps of RSEI and land cover (Figure 8), it can be found that the RSEI was lower in barren, urban and built-up regions and higher in cropland, grasslands and forest.




Figure 8 | Land cover distribution maps of the (A) LRE in 2000; (B) YRE in 2000; (C) YTRE in 2000; (D) PRE in 2000; (E) LRE in 2020; (F) YRE in 2020; (G) YTRE in 2020; (H) PRE in 2020.



	From 2000 to 2020, the expansion of urban and built-up regions in the LRE coastal area was not significant so, with the support of environmental protection policies, the overall RSEI presented an upward trend. However, the aquaculture area in the coastal zone of the western LRE increased (for example, a1-a5 in Figure 9 show an increase in the aquaculture area while the RSEI decreases significantly), which led to a deterioration in eco-environmental quality.

	Urban and built-up regions in the YRE are significantly expanding, so the RSEI showed an overall downward trend. In addition, the aquaculture areas in the YRE were also greatly increasing, resulting in a significant decline in RSEI (for example, b1-b5 in Figure 9 show an increase in the aquaculture area while the RSEI decreases significantly).

	Urban and built-up regions in the YTRE significantly expanded, while their RSEIs decreased (for example, c1-c5 in Figure 9 show an increase in urban and built-up regions while the RSEI decreases significantly).

	Urban and built-up regions in the PRE also expanded significantly. However, there were more forests in this region, and the RSEI of the PRE was relatively stable in general (for example, d1-d5 in Figure 9 show an increase in forest area while the RSEI decreases significantly).






Figure 9 | RSEI and land cover in different sample areas. Rows a, b, c and d represent different sample areas. Columns indicate 1) sample area locations (red boxes), 2) RSEIs of the sample areas in 2000 and 3) 2020, 4) true-colour composite Landsat 5 image in 2000 and 5) true-colour composite Landsat 8 image in 2020.






Discussion


Validation of the applicability of the RSEI

All raster data were resampled to 1 km × 1 km, then the NDVI, WET and RSEI were projected into a three-dimensional space together (Figure 10A), as were LST, NDBSI and RSEI (Figure 10B). Figure 10 shows that the RSEI increased with NDVI and WET, so RSEI is positively related to greenness and humidity, which is consistent with our own observations and other studies (Xiong et al., 2021). The RSEI decreased as LST and NDBSI increased, indicating that RSEI is negatively correlated with heat and dryness, which is also consistent with the actual situation and the results of Yao et al. (2022).




Figure 10 | (A) Three-dimensional plot of NDVI, WET and RSEI, and (B) its of LST, NDBSI and RSEI.



RESI is developed under the conceptual framework of pressure-state-response (PSR), which is one of the most commonly used environmental conceptual frameworks. (Niemeijer and de Groot, 2008). Within the framework of PSR, eco-environmental problems can be expressed as three different but interrelated index types: anthropogenic pressure (P), eco-environmental state (S) and climate response (R). Among the four indicators comprising the RSEI, NDBSI is used to represent the pressure caused by human activities on an ecosystem, NDVI measures the ecological state of land before and after human-induced land surface changes, and LST and WET reflect the response of the ecosystem to the climate (Xu et al., 2019). Therefore, the RSEI has a clear physical meaning.

The RSEI is a combination of four indicators and may be difficult to use to quantify actual values on the ground. Hence, it is difficult to conduct a quantitative verification of the RSEI and only qualitative evaluations can be made. According to Figure 9, the changes in RSEI values are relatively consistent with changes in land cover. Pixels converted from other types of land cover to built-up areas, for instance, may have a clearly defined boundary showing the extent of the change. However, the border of the resulting eco-environmental change may not perfectly follow the border of land cover changes. Land cover changes may also influence the ecological conditions of adjacent pixels, which could result in changes to hot and wet surface conditions (Xu et al., 2019).



Causes of change in wetland eco-environmental quality

Many previous studies (Murray et al., 2014; Yim et al., 2018; Chen et al., 2019; Ma et al., 2019) have investigated how natural and human factors affect the temporal and spatial dynamics of coastal wetlands. Studies have shown that the ecological quality of coastal wetlands is affected by complex natural and human dynamic factors. Natural factors include runoff, temperature, precipitation, waves, and tidal currents, which affect the area and type of coastal wetlands and indirectly affect the biological composition of coastal wetlands (Shi et al., 2020; Zang et al., 2020). Human factors include beach reclamation, port development and water conservancy projects (Wang et al., 2014; Jiang et al., 2015). The purpose of reclamation is to transform cropland and develop salt farms and aquaculture. The large amount of tidal flat reclamation causes a decrease in the tidal flats area and changes the coastline length, intensifying the effect of tidal water on the coastal environment. It also reduces the habitat of intertidal organisms, directly leading to ecological deterioration (Sun et al., 2017). Port construction will straighten the coastline so that its resistance to marine dynamic action is weakened (Liu et al., 2018). Port construction leads to the expansion of coastal towns and the destruction of coastal wetlands (Wu et al., 2022). Water conservancy projects are used to intercept sediment, which directly reduces the total amount of sediment entering the river section downstream of the reservoir. It also directly reduces incoming water and sand in the coastal basin, which have great impacts on the coast, especially plain coast (Liu et al., 2013). Dam construction damages the plant habitat of coastal wetlands (Newton et al., 2020).

This study analysed the impacts of runoff, sediment discharge, and the CLUDD and SLUDD of built-up land on the ecological quality of four estuarine wetlands. Runoff and sediment discharge in the LRE increased significantly from 2000 to 2010 and remained stable from 2015 to 2020 (Figure 11), which is consistent with the RSEI trend. This indicates that both runoff and sediment discharge improved the eco-environmental quality of the LRE. Although YRE runoff was relatively stable from 2003 to 2010, sediment discharge had a downward trend, which is one of the reasons for the deteriorating eco-environmental quality during the study period. Due to a lack of adequate sediment supply, the development of the continental body in the delta was inhibited; eventually, fewer new wetlands were formed, the flora became further away from the sea and the ecological quality decreased (Yang, 2005). The runoff and sediment discharge of the YTRE and PRE were much higher than those of the LRE and YRE. The runoff of the two rivers remained stable and the sediment discharge decreased and then became stable, and the impact on eco-environmental quality was not as significant as that of the LRE and YRE.




Figure 11 | The annual runoff and sediment discharge from 2000 to 2020 in the four estuaries: (A) LRE, (B) YRE, (C) YTRE and (D) PRE.



CLUDD represents the rate of land-use change, while the SLUDD of built-up land reflects the rate of built-up land change. These two indicators reflect the degree of human activities such as land reclamation and port construction. Both CLUDD and SLUDD were low in the LRE and were relatively stable from 2000 to 2020 (Figure 12), indicating that activities such as reclamation and port construction had little impact on eco-environmental quality. Under natural conditions, such as the increases in runoff and sediment discharge, the eco-environmental quality improved during this period. CLUDD and SLUDD increased first and then decreased in the YRE from 2000 to 2020, which is consistent with the RSEI trend, indicating that human activities had a great impact on the eco-environmental quality of the YRE, which was most severe during 2000-2010. According to Figures 8B, F, 9B, reclamation activities in the YRE related to aquaculture increased significantly. Wang et al. (2021) also reported that land reclamation and coastal zone development (conversion to aquaculture ponds) were the main causes of wetland loss in the YRE. Both CLUDD and SLUDD in the YTRE and the PRE had significant downward trends from 2000 to 2020, which demonstrates relatively stable eco-environmental quality in these regions. It must be noted that urbanization is still the main driver of the retreat of YTRE and PRE wetlands (Wang et al., 2021), but its influence is gradually decreasing. Due to the restriction of human disturbance and the expansion of Spartina alterniflora saltmarshes, the eco-environmental quality of coastal wetlands in Changxing Island and Jiuduansha Island gradually improved (Yang et al., 2018). Governmental conservation and restoration projects increased the area of mangroves, which also contributed to improvements in the eco-environmental quality of the PRE (Ma et al., 2019).




Figure 12 | The CLUDD (A) and SLUDD (B) of built-up land from 2000 to 2020 in the four estuaries.



Overall, the ecological and environmental quality of coastal wetlands in China has increased in the past decade. Wang et al. (2021) also showed that a significant reduction in human activities since 2012 led to an increase in coastal wetland area. It is worth noting that in 2012, “ecological civilization construction” was incorporated into the national strategy, and the State Council of China approved the National Marine Function Zone (2011–2020) to improve the management of reclamation projects and rationally control their scale (Liu et al., 2018). Reduced human disturbance and greater government protection have contributed to the restoration of coastal wetlands in China since 2012 (Wang et al., 2021).



Strengths and limitations

In our study, the RSEI was obtained by batch processing of data on the GEE platform to achieve rapid assessment of wetland eco-environmental quality based on Landsat images acquired during 2000–2020. The results are objective and easy to analyse, which facilitates large-scale ecological quality assessment of wetlands.

However, there are some deficiencies in our research. Firstly, the ecological environment is complex, so using only four RSEI indicators can only approximate its true status. We suggest that future studies use more diverse spatial data, such as net primary productivity (NPP) and aerosols. Secondly, the RSEI is primarily used in land areas and is not suitable for large bodies of water (e.g., oceans). Through the tasseled cap transformation, the water components are primarily related to vegetation and soil water. If there were more water in the study area, and the calculated moisture component will not accurately reflect the moisture contents of vegetation and soil. The water in this case has to be masked off. Therefore, this study cannot consider the large-scale ecological status of aquatic environments. In future studies, we suggest that water quality inversion results based on remote sensing, marine NPP and RSEI data should be integrated to evaluate the eco-environmental quality of coastal wetlands.




Conclusions

In this study, the GEE platform was used to rapidly generate seasonal cloud-free images. The RSEI was calculated to analyse the spatial and temporal changes in ecological environmental quality in four typical estuarine wetlands in China’s Liao, Yellow, Yangtze and Pearl Rivers during 2000–2020. The results show that the eco-environmental quality of coastal wetlands in the LRE and PRE improved significantly, that of the YRE decreased first and then slowly improved, while that of the YTRE improved slowly. A positive correlation was found between the spatial distributions of ecological environmental quality in the four study areas. The spatial distributions tended to be clustered rather than random. In lush vegetation areas, high-high clusters were mostly found, while in built-up and coastal areas, low-low clusters were most common. The aquaculture industry negatively affected the quality of the ecological environment, particularly in the LRE and YRE. Urbanization had a negative impact on eco-environmental quality, especially in the YRE. The increase in vegetation cover had a positive impact on eco-environmental quality, especially in the PRE. Under the environmental protection policies of Chinese national and local governments, the eco-environmental quality of the coastal wetlands in these four estuaries has been gradually improving in recent years.
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Hydrologic (water temperature) and hydrodynamic (water depth, flow velocity, and Froude number) factors affect fish spawning activities, and spawning grounds provide suitable hydrologic and hydrodynamic conditions for fish spawning to occur. However, locating fish spawning grounds is encumbered by uncertainty, particularly for pelagic spawners. This may be because such fish species have unique hydrologic and hydrodynamic requirements during their spawning periods, resulting in the wide-ranging approaches used to locate their spawning grounds. Accordingly, this study was designed to accurately locate fish spawning grounds through means of spatial suitability evaluation. For this experiment, the four major “Asian carp” target species were selected in the Dongta spawning reach, a tributary of the Pearl River. First, we investigated the historical information on the location of the spawning reaches. An acoustic doppler current profiler (ADCP) was used to measure topographic and hydrodynamic data of the spawning reaches during the spawning period. Then, based on the spatial clustering method, cluster analysis on spatial attributes (water depth, flow velocity, water temperature, and Froude number) was conducted on potential spawning grounds. The cluster analysis method uses k-means clustering; a method often employed to classify large amounts of data. Finally, we analyzed and evaluated the spatial suitability of spawning reaches by combining fish spawning suitability curves to obtain spatial preferences associated with fish spawning activities. Proportionally, results revealed a high suitability (>0.4) area (60.86%). Moreover, spawning suitability in curved river sections and deep pools in straight river sections were significantly higher than bifurcated sections. Furthermore, areas near the riverbanks were more suitable than mid-course sections of the river. Finally, the locations of six potential Asian carp spawning grounds were determined according to their spatial suitability. This study provides technical support to accurately locate spawning grounds for the fish that produce drifting eggs.




Keywords: hydrologic factor, hydrodynamic factor, spawning ground, location, spatial clustering



1 Introduction

Fish spawning grounds play an important role in fish reproduction by providing suitable environmental conditions. Fish species that produce drifting eggs have particularly high topographic, hydrodynamic, and hydrologic preferences associated with their spawning cycles (Nilsson et al., 2005; Kemp et al., 2011; Górski et al., 2012; Baumgartner et al., 2014). This will cause some spatial uncertainty in locating spawning grounds (Winfield et al., 2015; Langangen et al., 2016). Additionally, anthropogenic activities (i.e., river damming, sand mining, shipping, etc.) have led to a decline in suitable spawning grounds (Quinones et al., 2015). It is therefore critical to locate these spawning grounds to restore and protect targeted fish species (Boucek et al., 2017; Miesner et al., 2022).

Initially, locating spawning grounds was based mainly on the information and experience of fishermen (DeCelles et al., 2017); however, the limitation of this approach is that it can only determine an approximate spawning ground range. Thereafter, the location of spawning grounds has been determined through the collection of fish eggs (Fuji et al., 2020). This approach is effective in identifying the spawning grounds of fish that build nests and attach their eggs to a specific substrates (i.e., pebbles or vegetation). For example, Moir et al. (2006) compared the channel morphologies and hydraulic functioning of six study sites used by spawning Atlantic salmon, and determined the location of spawning sites by a handheld global positioning system (GPS). However, the effectiveness of this approach is greatly reduced for drifting fish eggs. The Survey Team of Spawning Grounds of Domestic Fishes in Yangtze River uses DNA detection technology to judge the developmental stages of collected fish eggs. Then the developmental time of collected eggs can be estimated based on the stage, which equals to the time between spawning and sampling. Combined with the flow rate and collection location, the drifting distance of the eggs can be determined. In the direction of the river, the survey team speculated that longitudinal length of spawning ground ranges from 20 river kilometers to 70 river kilometers (Survey Team of Spawning Grounds of Domestic Fishes in Changjiang River, 1982). Additionally, Hayer et al. (2021) located grass carp spawning grounds, which ranged from 47 to 107 river kilometers. These studies have provided good technical support for the protection of fish species that produce drifting eggs. However, maintaining the ecosystem health of such largescale spawning grounds necessitates enormous amounts of water and applicable resources, subsequently leading to a conflict between water resource management and ecological protection.

To resolve this issue, progressively more studies have focused on how to accurately locate the spawning grounds of fish that produce drifting eggs (Yi et al., 1988a; Coulter et al., 2016; Zhu et al., 2018; Embke et al., 2019). The difficulty in locating the spawning grounds for fish producing drifting eggs can be concluded as two reasons. First, it has been reported that a certain level of error exists in estimating the development status of drifting eggs (Coulter et al., 2013; Embke et al., 2016). This is a biological issue that must further be developed and resolved. Second, it is difficult to estimate the distance that drifting eggs drift (Stuart and Sharpe, 2020). This is because the process is affected by many environmental factors (i.e., velocity, flow, egg weight fluctuation, etc.) (Schiemer et al., 2002; Ekau et al., 2010; Boavida et al., 2018; Sparks et al., 2019; Chen et al., 2021). Fish spawning usually occurs when the environmental factors are all suitable. Thus, calculating the comprehensive state of these environmental factors in different space positions is an alternative solution to find the location for fish spawning. It would be more judicious to deduce spawning ground locations by evaluating the spatial suitability of spawning grounds.

This study proposes a method to locate spawning grounds of fish that produce drifting eggs based on spatial clustering. The method involves measuring hydrologic and hydrodynamic data during fish spawning periods in the study area. Cluster analysis is used to classify the data according to similarity. Data are divided into clusters with similar hydrologic and hydrodynamic characteristics. The data is then combined with suitability curves, wherein suitability values of hydrologic and hydrodynamic factors in each cluster are calculated. The spatial suitability of fish spawning in these clusters can then be determined through a size comparison of suitability values. Using this method, we can determine highly suitable fish spawning ground areas that produce drifting eggs.



2 Materials and methods


2.1 Study area

Dongta spawning reach in Xijiang River is selected as a case to carry out the research. Based on existing research, Dongta spawning reach is the second largest existing spawning area in China, and very important spawning area for Asian carp in Pearl River (Wan et al., 2018; Liu et al., 2022). Meanwhile, this reach will be designated as an ecological reserve according to the local Fisheries and Fisheries Administration, which is of great significance to the reproduction and protection of fish in the Pearl River. It is situated within the middle reaches of the Pearl River Basin, namely, at the confluence of the Yujiang, Xuanjiang, and Qianjiang Rivers (Figure 1). The terrain here is diverse, with alternating deep pools and shallows. Dongta spawning reach has abundant water. The annual average flow is 5266m3/s. The average annual rainfall is 1717.5mm. This exceptional geographical location provides fish with sources of abundant food, suitable hydrodynamic conditions, etc. The migration and spawning of fish during spawning seasons mainly occur in the section of the river below the Datengxia Reservoir. For this reason, we chose the 4 river kilometers downstream of the Datengxia Reservoir as the starting, to 18 river kilometers downstream (covering upstream and downstream of the Dongta Village) as the case study area.




Figure 1 | Location of the study area.





2.2 Data collection

Asian carp were the target species investigated in this study. Asian carp comprise of four typical fish species, bighead carp (Hypophthalmichthys nobilis), black carp (Mylopharyngodon piceus), grass carp (Ctenopharyngodon idellus), and silver carp (Hypophthalmichthys molitrix) that produce drifting eggs. Owing to their rapid growth and strong disease resistance, Asian carp are the main targets of freshwater aquaculture and fishing activities. The Dongta spawning reach is one of the main Asian carp spawning areas in China (Wan et al., 2018). The method used in this study necessitated the collection two section data sources: 1) hydrologic, hydrodynamic, and topographic data of the Dongta spawning reach and 2) suitability curves that characterize the hydrologic and hydrodynamic demands of Asian carp during spawning.

On the one hand, according to Cai et al. (2017), June is the spawning time of the Asian carps. Thus, the investigation was completed during June, 2019. An acoustic doppler current profiler (ADCP) was used to obtain topographic and hydrodynamic data of the spawning reaches to measure flow fields. The ADCP was RiverRay sailing ADCP. The system frequency of the sensor is 600 kHz. The beam structure is planar four beam. The communication baud rate used for measurement is 115200. To obtain the hydrological and hydrodynamic data of the spawning period of Asian carp, we chose to conduct field data collection on two days, June 4 and 5, 2019. Considering the size of the study area, we conducted field sampling in the shortest possible time. The climate and hydrological changes during these two days are small. On June 4, the temperature during the day (for safety reasons, the sampling time was arranged during the day) was 29~33°C. There was no rainfall during sampling. The discharge of Dahuangjiangkou hydrological station (located about 20 kilometers downstream of the sampling area) is 10300m3/s. The water level is 25.05m. On June 5, the daytime temperature was 28~33°C, which was basically the same as on June 4. There was no rain. The discharge of the Dahuangjiangkou hydrological station was 9340 m3/s, a decrease of 960 m3/s compared with that on the 4th, and the change rate was 9.3%. The water level is 24.21m, which is 0.84m lower than that on the 4th, and the change rate is 3.4% Therefore, the range of climatic and hydrological variability is acceptable. The hydrological and hydrodynamic data collected on these two days are valid. The data comes from the China Meteorological Administration (https://weather.cma.cn/) and the Bureau of Hydrology and Water Resources of the Pearl River Water Resources Commission (http://www.zwswj.com/cms/).

The specific data collection method used was as follows: Prior to taking measurements, monitoring cross sections were first established in the study area. Sections were spaced 200 m apart to ensure that no two adjacent sections overlapped. There were 78 cross sections in total. The ADCP and GPS device were fastened to a ship, which was used to measure flow field data along preset cross sections. During the measurement process, the measuring ship sails along the preset cross-sections. The ship carries acoustic doppler current profiler (ADCP) and Global Positioning System (GPS) at the same time. ADCP is used to measure cross-sectional flow field data. WinRiver II was used for data collection and post processing. GPS was used for navigation, providing necessary ship parameters (i.e., ship speed, forward azimuth, and distance) and assisting in improving the accuracy of flow field measurements. The ADCP was used to extract data following measurements, wherein velocity profiles were measured each time a sound wave was emitted. A velocity profile has multiple measuring points at different water depths. Multiple velocity profile contained cross-sectional data. The cross-sectional data were exported as ASCII data files in WinRiver II. Velocity profile were extracted every 50 m from the cross-sectional data, which were determined based on the actual width of the river within the study area. Measuring point data (taken 0.45m below the water surface) were extracted on the velocity profile for investigation. This was because Asian carp spawning activities take place close to the river surface (Deters et al., 2013).

The ADCP collects a variety of flow field data at measuring points. According to previous studies, the hydrologic and hydrodynamic data to be sampled in this study were determined before the sampling work. We investigate and summarize previous studies on the assessment of the suitability of spawning grounds for Asian carp, and found that the most commonly used water environmental indicators in existing studies were water depth, flow velocity, water temperature and Froude number. Therefore, in this study, the sampling plan was formulated including four indicators of water depth, flow velocity, water temperature and Froude number. The water temperature was the temperature of the measuring points near the water surface. The water depth was the water depth at the location of the velocity profile (i.e., measuring points). The flow velocity was the flow velocity at the measuring points. The Froude number was obtained using the following formula:



where Fr is the Froude number; V is the velocity of the measuring point (m/s); g is gravitational acceleration (9.81m/s-2); D is the water depth at the location of the measuring point (m).

On the other hand, the study also collected suitability curves of Asian carp. Suitability curves have widely been used in fish spawning ground research. They reflect the available range of fish respective to the hydrologic and hydrodynamic factors. Since studying the suitability of the spawning grounds of Asian carp, we collected the suitability curve of the spawning period of Asian carp. The suitability curves of Asian carp in the middle reaches of the Yangtze River were finally adopted. The middle reaches of the Yangtze River and the study area belong to the monsoon climate. The annual flood season and non-flood season are basically the same with our study area. The spawning of Asian carp generally occurs during the flood season. In addition, the research technology for the suitability of Asian carp in the middle reaches of the Yangtze River is very mature (Yi et al., 2010). Therefore, it is appropriate to cite the suitability curve of Asian carp in the middle reaches of the Yangtze River. Considering the actual Asian carp spawning demands, the four most common indicators were selected for this study: water depth, flow velocity, water temperature, and Froude number. Yu et al. (2018) investigated hydrologic and hydrodynamic characteristics of Asian carp spawning grounds, establishing water depth, flow velocity, and Froude number suitability curves during spawning periods (Figure 2). At present, researchers generally believe that Asian carp spawning activities can typically occur when river water temperature reaches 18°C or above. The optimal temperature range for spawning is 20~24°C. After the water temperature exceeds 24°C, hatching rates decrease rapidly. Temperature suitability begins to decrease (Yi et al., 1988b; Li et al., 2013; Wang et al., 2020). Water temperature suitability curves during Asian carp spawning periods were determined accordingly. Suitability curves collected in this study were piecewise functions. The suitability curves of water depth, flow velocity, and Froude number comprised of 10 segments, while the water temperature suitability curve comprised of five segments.




Figure 2 | Suitability curves during Asian carp spawning periods.





2.3 Cluster analysis

This section describes how we conducted cluster analysis on all the measuring points extracted above. k-means clustering was used as the cluster analysis method, which is a commonly used and unsupervised classification method (MacQueen, 1967; Sabetian et al., 2021). Its effectiveness is due to its independent nature and how it can accurately calculate all data (Koonsanit et al., 2012; Alrabeei et al., 2021). Euclidean distance is typically used to calculate distance. It can quickly group measuring point data sets into multiple clusters composed of measuring point data that are similar to hydrologic and hydrodynamic characteristics. K-means clustering is suitable for the cluster analysis of a large amount of data (Jain, 2010), which satisfied the cluster analysis requirements of the large number of measuring data points used in this study. Additionally, the number of clusters and cluster centers must be determined prior to employing k-means clustering. We used the Davies–Bouldin index (DBI) to evaluate the cluster analysis methods (Davies and Bouldin, 1979), which was calculated as follows:



where k is the number of clusters; Ni and Nj are the average distances from all points in the clusters to their cluster centers (within the range of cluster dispersion); Mi,j is the distance between cluster centers. The smaller the index value is, the more compact the clusters will be and the further their centers will be dispersed (Sitompul et al., 2019). For DBI, the smallest number of clusters is regarded as the optimal number of clusters.

To visualize clustering results, this study used the measuring point as the center, employing two straight lines parallel to flow direction at 25 m left and right of the measuring point, while using the two midlines of the upper and lower cross-sections as well as cross-sections where the measuring point is located. These four lines form a unit (a quadrilateral) as shown in Figure 3. The area of each unit is equal. The flow field state (including water depth, flow velocity, water temperature, and Froude number) of the entire unit is represented by the value of the central measuring point. When drawing the spatial distribution map of the clusters, the units in each cluster were colored the same. Adjacent units belonging to the same cluster were amalgamated into one unit. The map provides different colored flow field distributions. In this way, a spatial distribution map of different hydrologic and hydrodynamic characteristics was generated on the basis of the original flow field.




Figure 3 | Cluster unit graph.





Calculating fish spawning spatial suitability values

A suitability value is a criterion that characterizes Asian carp spawning period suitability. The clusters formed by cluster analysis showed differing hydrologic and hydrodynamic characteristics. Combined with suitability curves, suitability values of single and total hydrologic and hydrodynamic factors in each cluster can be calculated. The following describes the specific calculation method used in this study. The formula for calculating the suitability value of a single factor is as follows:



The formula for calculating the total suitability value is as follows:



where Asingle is the single factor suitable value; ɑ is the number of suitability curve segments covered by the factor value range;   is the sum of suitability values that correspond to a suitability curve segment covered by the factor value range; Atotal is the total suitable value; b is the number of factors. The suitability values of different hydrologic and hydrodynamic characteristic clusters were calculated and compared. The larger the suitability value is, the more suitable the area of the cluster will be for Asian carp spawning activities.




3 Result and discussion


3.1 Overall data analysis


3.1.1 Morphological river characteristics

Some studies have shown that the overall morphologic complexity of spawning reach is significantly higher than that of non-spawning grounds (e.g., Crowder and Diplas, 2002). Asian carp spawning grounds are typically divided into multiple types: straight section, curved section, branched section, etc. (Li et al., 2010). The direction and velocity of these river sections are variable. The flow pattern is relatively turbulent, with back flow, slow flow, and rapid flow. Researchers have shown that river reaches under certain flow conditions (such as turbulent flow, high-flow event and so on) are favorable for Asian carp spawning (Crowder and Diplas, 2002; Li et al., 2010). Figure 4 shows the morphologic characteristics of the study area, including two straight sections, two curved sections, and one branched section. Field measurements showed that the appearance of the pools and riffles of curved section I and straight section II alternated. Branched section III bifurcated at an island where tributaries converge, making its flow field extremely complex. Deep pools formed from scouring in the convex bank of curved section IV where large tracts of rocky beaches are located. There were only slight elevation changes between the streambed and shape of the river along its course for straight section V. As shown in Table 1 and Figure 4, the river comprises of complex and diverse cross-sectional shapes. It was therefore concluded that the river section selected for this study is composed of straight, curved, and branched sections as well as various cross-sectional shapes, making this river suitable for Asian carp spawning activities.




Figure 4 | Plan and typical cross-sectional characteristics of the study area. (A–I) Directionally represent the downstream to upstream reaches along the study area.




Table 1 | Cross-sectional shape.





3.1.2 Hydrologic and hydro-dynamic characteristics

Table 2 provides all measured data of the study area. A total of 78 cross sections and 585 measuring points, where each measuring point includes water depth, flow velocity, and water temperature, were calculated along with the Froude number. The size range of each hydraulic factor collected should cover the range of suitability curve (suitability Index greater than zero). The data collected on site are as follows: Water depth is 2.44~30.36m; Flow velocity is 0.14~4.09m/s; Water temperature is 25.38~28.50°C; Froude number is 0.013~0.523 (see Table 2). The range of suitability curve was as follows: Water depth was 10.98~25.30m; Flow velocity is 0.63~1.83m/s; Water temperature is 18~29°C; Froude number is 0.049~0.129 (see Figure 2). Among them, water temperature is one of most important factors that trigger the spawning of Asian carp, and is within the range of suitability curve for Asian carp (20~24°C;). The other sampled indicators are greater than range.


Table 2 | Distribution of measured data.



The histogram (Figure 5) shows that the frequency distribution of water depth, flow velocity, and Froude number was close to normal distribution. However, water temperature was not. Water depth distribution was skewed to the right. The frequency distribution of flow velocity was similar to normal distribution. The distribution of the Froude number was skewed to the right. Water temperature was mainly distributed (skewed) to the left, which may indicate that the sampling area was too small. However, different areas exhibited a degree of distinction. This study used a total of 564 measuring points with water depths between 2 and 22m, accounting for approximately 93.33%. There were 495 measuring points with flow velocities between 0.2 and 2.2 m/s, accounting for approximately 84.62%. There were 509 measuring points whose water temperatures were between 25.4 and 27.2°C;, accounting for approximately 87.01%. Finally, there were 477 measuring points with Froude number between 0.025 and 0.225, accounting for approximately 81.54%.




Figure 5 | Water depth, flow velocity, water temperature, and Froude number data segmentation observed during spawning.



As shown in Figure 6, the maximum water depth, the average water depth, and the average flow velocity of each cross section were extracted along the main stem of the river, after which a thalweg line was constructed in a longitudinal direction. The upstream average flow velocity was generally greater than the downstream average flow velocity, while the upstream average water depth was less than the downstream average water depth (Figure 6). Riffles dominated the upstream area. Water depth in most areas was less than the average water depth (12.02m) in the study area. In branched section III, pools and riffles near the island alternately appeared. The water in this section is turbulent, forming a complex flow field. Moreover, flow velocity was significantly higher compared to other areas. This may be due to topographic changes (i.e., river islands, tributary confluence, etc.). Pools and riffles dominated the downstream reaches. There were two pools with water depths of 30.36m and 28.26m in curved section I and straight section II, respectively. The complex flow field that had formed within the complex river terrain provides habitat, foraging, reproduction, and shelter for fish.




Figure 6 | Flow characteristics of the river section selected for this study. The mileage number of the Datengxia Dam is 0 river kilometer. (A) Thalweg depth; (B) average flow velocity at cross sections; (C) average water depth at cross sections.






3.2 Cluster analysis


3.2.1 Determining optimal cluster numbers

This study partitioned hydrologic and hydrodynamic factors into a set of distinct clusters, where the number of clusters ranged from 2 to 20. The DBI was employed to evaluate the optimal number of partitions. The “evalclusters” function in MATLAB was used for calculations. From this, we obtained the relationship between the DBI and the number of clusters (Figure 7). As the number of clusters increased, the overall DBI trend decreased before slightly increasing again. The DBI value was lowest when there were 10 clusters (0.95), and the clustering effect was better. Additionally, three and 17 clusters were observed with apparent troughs in the index series. The clustering scale was determined by how flow field characteristics were distinguished at each scale and for the convenience of discussion. Hydraulic characteristics of three clusters will have less detail than 10 clusters. On the other hand, hydraulic characteristics of 17 clusters would be similar to that of 10 clusters, namely, providing no greater detail. Therefore, 10 was determined to be the initial k value of k-means clustering.




Figure 7 | The Davies-Bouldin index evaluating clustering efficiency against the number of clusters. Lower index values indicate better clustering results. The dotted line represents the mean value of the index.





3.2.2 K-means clustering results

Data retrieved from the 585 measurement points were divided into 10 clusters, 10 being the number of clusters selected for k-means clustering. After being divided into 10 clusters, the statistical hydrologic and hydrodynamic characteristics of each cluster were determined (see Table 3 and Figure 8).


Table 3 | Statistical characteristics of hydrologic and hydrodynamic quantities in each cluster.






Figure 8 | Characteristics of the 10 hydrologic and hydrodynamic types as determined by cluster analysis (see the Materials and Methods section for more detail). Each cluster defined by four hydrologic and hydrodynamic factors: water depth, flow velocity, water temperature, and Froude number. Cross shapes show the average value of each factor in a cluster, which indicates the average position of a cluster. Box plots show the parameter dispersion values in the clusters. For box plots, lines represent the lower, median, and upper quartiles. Whiskers are the lines extending from the two opposite ends of the box plots, showing the range of the remaining data. Outliers are the data whose index value exceeds the whiskers (where whisker length is limited to 1.5 of the interquartile).



To ascertain the hydrologic and hydrodynamic characteristics of the 10 clusters, the data were sorted according to the numerical value and then divided into three (i.e., at one-third and two-third positions). Among them, average values of the hydrologic and hydrodynamic data of the various clusters were divided into high (a value greater than two-thirds), medium (a value between one-third and two-thirds), and low (a value less than one-third). For example, if the average water depth of a cluster is higher than two-thirds, the water depth of this cluster is defined as being high. By analogy, hydrologic and hydrodynamic characteristics of each cluster are shown in Table 4. The water depth tri-sectional quantile group was 2.44~8.47m, 8.47~14.39m, and 14.39~30.36m. The flow velocity tri-sectional quantile group was 0.14~1.24m/s, 1.24~1.70m/s, and 1.71~4.09m/s. The water temperature tri-sectional quantile group was 25.4~25.6°C;, 25.6~26.7°C;, and 26.7~28.5°C;. The Froude number tri-sectional quantile group was 0.013-0.114, 0.114-0.166, and 0.166-0.522.


Table 4 | Hydrologic and hydrodynamic characteristics of the 10 clusters.





3.2.3 Determining the spatial distribution of clusters

K-means analysis was used to construct the spatial distribution of the 10 clusters. A map of summary statistics was constructed, showing the measured hydrodynamic clusters at each geographical position. In the study area, significant spatial differences were observed in the 10 clusters representing areas of hydrologic and hydrodynamic characteristics. As shown in Figure 9, each cluster can basically be connected into blocks in space. The 10 clusters can be described as follows:

	Cluster 1 is located at the upstream and downstream reaches of branched section III and the convex bank of curved section IV and straight section V. Compared to the other clusters, this cluster was characterized by low water depth, high flow velocity, low water temperature, and a high Froude number.

	Cluster 2 is located at mid-course section of the river between curved section I and straight section II. This cluster is characterized by high water depth, medium flow velocity, medium water temperature, and a medium Froude number.

	Cluster 3 is also located at the mid-course section of the river between curved section I and straight section II and is spaced apart from cluster 2. Its characteristics are similar to cluster 2 (i.e., medium flow velocity, medium water temperature, and a medium Froude number) except for water depth (i.e., medium). This cluster reflects the alternate appearance of pools and riffles in curved section I and straight section II.

	Cluster 4 is located on the right side of the branched section III island and upstream of straight section II, where space is extremely limited. It is characterized by high water depth, high flow velocity, high water temperature, and a high Froude number.

	Cluster 5 is located on the left bank of curved section I and straight section II and on the right bank of curved section IV and straight section V. It is characterized by low water depth, lowest flow velocity, medium water temperature, and a low Froude number.

	Cluster 6 is located at branched section III and straight section V, which is extremely restricted spatially. It is characterized by lowest water depth, high flow velocity, low water temperature, and the highest Froude number.

	Most of cluster 7 is located at curved section IV and straight section V, while a small proportion of it is on the left bank of curved section I and straight section II where it intermittently shares space with cluster 5. It is characterized by low water depth, medium flow velocity, medium water temperature, and a medium Froude number.

	Cluster 8 is located at the confluence of the tributaries and the right bank of straight line II. It is characterized by the highest water depth, medium flow velocity, high water temperature, and a low Froude number.

	Cluster 9 is located at branched section III and straight section V, and its distribution is similar to that of cluster 6, where space is also extremely limited. It is characterized by low water depth, the highest flow velocity, medium water temperature, and a high Froude number.

	Cluster 10 is located on the right bank of curved section I and straight section II. It is characterized by medium water depth, low flow velocity, high water temperature, and a low Froude number.






Figure 9 | Distribution map illustrating areas of hydrologic and hydrodynamic characteristics for each cluster.






3.3 Determining the location of fish spawning grounds

This section attempts to accurately locate fish spawning grounds by evaluating the suitability of fish spawning in each cluster. We used a 95% confidence interval for each hydrologic and hydrodynamic factor range of each cluster to calculate the suitability value of each hydrologic and hydrodynamic factor (see Figure 10). To more easily interpret the evaluation results of fish spawning ground suitability, we refer to previous studies (Gillenwater et al., 2006; Yi et al., 2016; Zhou et al., 2019) to divide suitability values into two classes, representing areas of high (a suitability value greater than 0.4) and low (a suitability value less than 0.4) suitability. Cluster 2, cluster 3, cluster 5, cluster 8, and cluster 10 indicated high suitability, with suitability values of 0.485, 0.410, 0.466, 0.467, and 0.510, respectively. Cluster 1, cluster 4, cluster 6, cluster 7, and cluster 9 indicated low suitability, with suitability values of 0.236, 0.238, 0.136, 0.365, and 0.125, respectively. Proportionally, the high suitability area was 60.86%, which was higher than that of the low suitability area (39.14%).




Figure 10 | Suitability values and Area ratio of each cluster. The line chart uses the left ordinate. The histogram uses the ordinate on the right. The line chart shows the suitability values of water depth, flow velocity, water temperature, Froude number, and total for ten clusters of spawning grounds. The histogram represents the area proportion (%) of ten clusters.



Curved section I and straight section II yielded the highest suitability cluster values among the different river shapes, accounting for 95% and 81.15% of the total area, respectively (see Table 5). A comparison between upstream curved section IV and straight section V indicated that these two river sections are characterized by deep pools and large vertical water depth changes. Additionally, highly suitable areas were mainly distributed in areas near both riverbanks. For example, cluster 5 was mainly distributed on the left bank of curved section I and straight section II; cluster 8 was mainly distributed on the right bank of straight section II; cluster 10 was mainly distributed on the right bank of curved section I and straight section II. In the study area, Asian carp spawning grounds are likely to be distributed near both riverbanks of curved section I and straight section II. By comparing the suitability values of the different areas, spawning suitability was significantly higher in specific six areas (Figure 11). These six areas were as follows: the concave bank of curved section IV, the tributary confluence of branched section III, the junction of straight section II and branched section III, the right bank of straight section II, the concave bank of curved section I, and the right bank of curved section I. Therefore, these six areas are likely to be Asian carp spawning grounds.


Table 5 | Suitability values of the different river shapes.






Figure 11 | Spatial suitability distribution map of Asian carp spawning activities.






4 Conclusions

Hydrologic and hydrodynamic factors have an important influence on fish spawning. This study measured hydrologic and hydrodynamic data of Asian carp that spawn in the Dongta spawning reach. In total, 78 sections were measured, and 585 measurement points were selected, where water depth, flow velocity, water temperature, and Froude number data were taken at each measurement point. The 585 measurement points were classified into 10 clusters based on similarity using the cluster analysis method. The hydrologic and hydrodynamic characteristics of each cluster differed, while spatial distribution characteristics of each cluster also differed. Suitability values of each influencing factor and the total suitability of each class cluster were calculated by comparing hydrologic and hydrodynamic factor demands during the fish spawning period. A high suitability value means that hydrologic and hydrodynamic clustering conditions are suitable for fish spawning and reproduction. Thus, potential Asian carp spawning grounds can be determined. Results from this study showed that six potential Asian carp spawning grounds were found based on their spatial suitability. In addition, we found that the high suitability area of Asian carp spawning accounted for 61% in the Dongta spawning reach. In the future, we will use hydrodynamic model to simulating the changes of hydrologic (water temperature) and hydrodynamic (water depth, flow velocity, and Froude number) factors under different runoff and reservoir operation strategies. The area of high suitability area in the river was maintained through ecological regulation during the spawning period of Asian carp. The aim of this study was to provide technical support for accurately locating Asian carp spawning grounds. Furthermore, this study offers a reference for locating spawning grounds of Asian carp.
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Leizhou Bay in Guangdong Province is the most important wintering site in China for the critically endangered Spoon-billed Sandpipers (Calidris pygmaea). As food is usually a strong predictor of presence, in the winters of 2019-2022 we studied arthropod food resources and diet on the intertidal mudflats at the Tujiao and Hebei mudflats in Leizhou Bay. In December 2020, using a sampling device that encloses mobile epibenthic prey before the human sampler would disturb them in shallow pools, we visited 34 stations in their core foraging area at Tujiao. A total of 15 mobile benthic species were identified, including 13 arthropod and 2 fish species, with a total density of 106 animals/m2 (range= 0.2-48 animals/m2), with the lengths of the animals ranging from 1-19 mm. Two amphipod and one cumacean species contributed 85%. On the basis of photographs of foraging during low tide in 2019-2022, the visibly ingested prey items appeared to mainly consist of small shrimp, but also included crabs and fish. At 27 mm (compared with the 22 mm long bill of Spoon-billed Sandpipers) the average visibly ingested prey showed a strong size bias. Among the measured environmental covarying factors (sediment pH, salinity, TOC content, median particle size and distance from the seawall etc.) potentiually affecting the mobile epibenthic prey in shallow pools, only distance from the seawall was significantly and negatively correlated. Densities were higher within 1 km of the seawall (126 animals/m2) than further offshore (69 animals/m2). This may relate to the mangrove forests growing in abundance near the seawall providing released minerals, nutrients, bacterial production and diatoms for the benthic community in the adjacent mudflats. However, the potential negative impact of artificial mangrove expansion in Leizhou mudflats need to be carefully monitored and assessed to balance both mangrove and Spoon-billed Sandpipers conservation.
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Introduction

Animals that do not eat will die, so for good reasons, studies of food and foraging define to a considerable extent migration ecology, of which diet and food resources are an important part (Ma et al., 2005; Piersma, 2007). Among all the parameters determine habitat selection of a particular species, energy management on the basis of diet and food availability is the most crucial to understand (Piersma, 2012). Shorebirds are migratory birds that feed mainly on bottom-dwelling invertebrates (benthos) in wetlands including coastal intertidal mudflats (van de Kam et al., 2004). The distribution of shorebirds during the non-breeding season is largely a function of available food resources (Goss-Custard, 1977; Bryant, 1979; Zwarts and Wanink, 1993; Ribeiro et al., 2004); densities of shorebirds are often correlated with the quantity and quality of available macrobenthos (Boettcher et al., 1995; Butler et al., 2001; Placyk and Harrington, 2004; van Gils et al., 2005; Nuka et al., 2005; Folmer et al., 2010; Folmer and Piersma, 2012; Folmer et al., 2012; Zharikov and Skilleter, 2016). Therefore, the status of benthos resources is an important aspect to consider in the conservation of a particular species (Piersma et al., 2001; Kraan et al., 2009).

The East Asia-Australasian Flyway is home to the largest number of shorebird species in the world, with stretches of coastal mudflats supporting huge numbers of shorebirds through the non-breeding season (Stroud et al., 2006; Bamford et al., 2008). A wide range of food resources is available in these intertidal mudflats, including a variety of bivalves, gastropods, polychaetes, arthropods, and small fish (Zhao, 2001; van de Kam et al., 2004). Studies on the food choices and intake rates of shorebirds such as Red Knots (Calidris canutus), Great Knots (Calidris tenuirostris), and Bar-tailed Godwits (Limosa lapponica) have revealed that these birds, which migrate over long distances with only a few staging sites, display certain food preferences during their time in the Yellow Sea Ecoregion, and intertidal mudflats with high-quality or high-density benthos are their preferred staging sites (Yang, 2012; Choi, 2015; Zhang et al., 2019). The history of long-term monitoring of food resources in important non-breeding areas in the East Asia-Australasian Flyway is not long, but it provided essential information for the conservation of shorebirds and their habitats (Choi et al., 2014; Yang et al., 2016; Zhang et al., 2018).

The Spoon-billed Sandpiper (Calidris pygmaea), which only occurs in the East Asia-Australasian Flyway, is one of the world’s most critically endangered species with very low and declining numbers (Zöckler et al., 2010; Amano et al., 2012; Aung et al., 2018). The latest estimate of the Spoon-billed Sandpiper population was 490 mature individuals or 773 individuals of all ages (Green et al., 2021). Therefore, conservation of this endangered species and its habitats is currently one of the most important tasks for biodiversity conservation in the East Asia-Australasian Flyway.

Spoon-billed Sandpipers breed mainly on the coast of the Chukotsk Peninsula in the Russian Arctic (Flint et al., 1977; Tomkovich et al., 2002). The wintering areas of this bird range from southern China, with stable populations in the coastal areas of Fujian, Guangdong, Guangxi, and Hainan provinces, to southeastern and southern Asia, including Vietnam, Thailand, Myanmar, and Bangladesh. Among them, the Gulf of Mottama in Myanmar is home to 60% of the global population of Spoon-billed Sandpipers (Bird et al., 2010; Zöckler et al., 2010; Chowdhury, 2011; BirdLife International, 2016; Zöckler et al., 2016; Chowdhury et al., 2017; SBS Conservation Alliance, 2022). Based on wintering population surveys conducted over the past three years, the four most important wintering grounds of Spoon-billed Sandpipers include the Gulf of Mottama, Leizhou Bay in China, Nanthar Island in Myanmar, and Sonadia Island in Bangladesh (Tables 1, 2) (EAAFP SBS Task Force, prep.; SBS Conservation Alliance, 2022).


Table 1 | The wintering population and the proportion to the global population of Spoon-billed Sandpipers in the top four important wintering areas in the world*.




Table 2 | Wintering population of Spoon-billed Sandpipers in the top four important wintering sites in southern China*.



Due to the rarity of Spoon-billed Sandpipers and difficulty in monitoring individual prey catches, few studies have reported their diet and the status of food resources in their critical habitats (Dixon, 1918; Portenko, 1957; Portenko, 1968; Voronov, 1980; Portenko, 1981; Cha and Young, 1990; Kelly et al., 2017; Aung et al., 2022; Yang, 2022). Diet descriptions mention crustaceans, small fish, polychaetes, mollusks, and insects (Dixon, 1918; Portenko, 1957; Portenko, 1968; Voronov, 1980; Portenko, 1981; Cha and Young, 1990; Kelly et al., 2017). Although Spoon-billed Sandpipers forage in a variety of substrate types, they prefer mixed sand and mud substrates and often forage in small shallow pools remaining after the ebbing tide, which contain crabs, shrimp, amphipods, and polychaetes (Burton, 1971; Piersma, 1986; Bird et al., 2010; Chowdhury et al., 2017; Kelly et al., 2017; Aung et al., 2022). Previous studies investigating feeding behavior reported that foraging Spoon-billed Sandpipers do not deeply probed the sediment (Piersma, 1986; Swennen and Marteijn, 1988; Kelly et al., 2017; Aung et al., 2022; L Cheng 2022, personal observation; DM Li 2022, personal communication), implying that their main food is not mollusks or sandworms buried within the sediment. In southern Jiangsu, China, which is the globally most important staging site for Spoon-billed Sandpipers, reported that foraging birds show a significant preference for areas with high amphipod densities in areas with abundant tide pools in which amphipods congregate at low tide (Shepherd, 1995; Drolet and Barbeau, 2009; Yang, 2022). Therefore, shallow tidal pools are key foraging habitat for Spoon-billed Sandpipers and the mobile epibenthos (benthos live on the surface of the mudflats) living in it are the known food resource.

Leizhou Bay in Guangdong Province is the most important wintering area for Spoon-billed Sandpipers in China (SBS Conservation Alliance, 2022). At low tide, the intertidal mudflats are widely covered with shallow pools (Figure 1), and Spoon-billed Sandpipers have been observed to feed here on crabs (Kelly et al., 2017). Here we set out assessing food abundance of Spoon-billed Sandpipers in this area as well as providing a very preliminary description of diet. The food resources were explored by sampling macrobenthos in shallow pools at 34 sampling stations using sampling devices and methods specifically designed to target mobile epibenthos, e.g., arthropods and small fish. Meanwhile, the sediment characteristics were measured to explore the correlations with potential prey densities. To describe the diet we photographed food items held in the bill of Spoon-billed Sandpipers.




Figure 1 | Map (above) and landscape (below) of the study sites situated in Leizhou Bay in the South China Sea: Tujiao and Hebei. Benthos and sediment sampling stations along transects in the intertidal mudflats are shown.





Materials and methods


Study area

The study area was located in the Guangdong Zhanjiang Mangrove National Nature Reserve (20°51’-55’N, 110°10’-12’E) (Figure 1), which is at the southernmost tip of mainland China and divided into over 40 patches, which are scattered in bands along the coastal intertidal zone on both sides of Leizhou Bay on the Leizhou Peninsula, Guangdong Province (Chen and Chen, 2012). The Leizhou Peninsula is the third largest peninsula in China and has a northern tropical marine monsoon climate with approximately 2,000 h of sunshine annually and no frost or snow cover in ‘winter’. The average annual temperature is 22°C, with an average temperature of 15°C in January and 29°C in August. The dry and wet seasons are distinct, with an average annual rainfall of 1100-1800 mm concentrated in the rainy season from May to September, with the most rainfall occurring in the coastal summer when typhoons are frequent (Agriculture Office of Guangdong Provincial People’s Government, 1996). Most of the tidal flats on the Leizhou Peninsula are sandy, and only the estuaries and inner bays have muddy and sandy substrates. The east coast of the peninsula experiences an irregular semidiurnal tide, while the west coast experiences a regular diurnal tide. The annual average tidal range is 1.77 m, with an annual average maximum tidal range of 3.52 m (Huang and Ye, 1995).

Leizhou Bay, located on the east side of the Leizhou Peninsula, is 50 km wide and 75 km length, containing extensive intertidal mudflats along the coast. It is the largest natural bay on the Leizhou Peninsula, with 22 internal rivers in the bay and 17 rivers flowing into the sea. The Nandu River is the largest river on the Leizhou Peninsula with a total length of 65 km and has the largest downstream coastal alluvial plain. The alluvial coast at the estuary is formed by silt accumulation and contains a concentrated mangrove area (Guangdong Zhanjiang Mangrove National Nature Reserve Administration (GZMNNRA), prep. 1 and prep. 2; Jin et al., 1992).

The study area included the mudflats in Tujiao and Hebei villages, located in the Fucheng (town) section of the reserve on the west side of Leizhou Bay. The sediment was muddy to sandy and influenced by the Nandu River, with sandy mudflats on the offshore side and a small slope. A dense mangrove belt is distributed near the seawall. In recent years, patches of mangrove have become established in the mudflats. Additionally, an invasive species of cordgrass, Spartina alterniflora, has expanded its range in the mudflats outside the mangroves, although most patches have been cleaned up and replaced with mangrove seedlings as a measure of invasive plant control and mangrove protection as well. Aquaculture ponds and returning-aquaculture-pond-to-sea areas are located inside the seawall (Guangdong Zhanjiang Mangrove National Nature Reserve Administration (GZMNNRA), prep. 1 and prep. 2). The mudflats in Tujiao and Hebei are popular feeding grounds in the reserve for the wintering population of Spoon-billed Sandpipers. In mid-December 2020 and 2021, 22 and 25 individuals were recorded in the mudflats of Tujiao, respectively.



Benthos sampling

Macrobenthos were sampled in the Tujiao mudflats oncefrom December 15 to 17, 2020. Sampling stations were deployed using the grid sampling method, according to the intertidal width (Figure 1) (Bijleveld et al., 2012). Six transects were set up parallel to the latitudinal lines, with the middle four transects spaced 250 m apart, and two transects at both ends spaced 500 m apart. Grid-like sampling stations spaced 250 m apart were set up along each transect, parallel to the longitudinal lines. A total of 34 stations were sampled from the six transects. The distance between each sampling station and the seawall was determined using Google Earth software based on GPS data.

As Spoon-billed Sandpipers prefer to feed in shallow pools, a shallow pool has been chosen at each station to sample the benthos. To avoid disturbing the mobile epibenthos (arthropods and fish) in shallow pools, a 40 × 40 cm2 metal sampling frame was lifted into the air at a height of 2 m above the ground with a 4-m-long pole, reaching 10 m from the sampling station, and then slowly brought toward the shallow pool. The frame was then pushed into the mudflat surface, and the lower part of the frame was immediately pressed down into the sediment to prevent benthos inside the frame from escaping (Penning et al. MS 1). A 30 cm D-shaped hand net was used to scrape the top 4 cm of sediment from the mudflat inside the sampling frame, while filtering the water inside the frame to capture the benthos within. The contents of the hand net were poured into a 1 mm aperture metal sieve and washed. The benthos remaining in the sieve were placed in labeled self-sealing bags, transported to the laboratory, and stored at -20°C for further analysis.

The collected macrobenthos were identified at the species level, measured for size, and counted using a stereomicroscope (Phoenix Optical Technologies, Shangrao, China). Because polychaetes were not easily counted as they were small and often broken into several segments during collection, they were not included in the analysis.



Estimation of shallow pool area proportion

A photograph of the mudflat surface was taken upon arrival at the sampling station, and the proportion of the shallow pool area to the total area at each station was estimated. This proportion was used to calculate the density of benthos in shallow pools in the sample frame for shrimp, gammarids, hooded shrimp, and fish using the following formula: Di=Ni/(0.16×R), where Di is the density of species i in a sample frame (ind/m2), Ni is the number of species i in the sample frame, R is the proportion of the shallow pool area in the sample station to the total area of the station (%), and 0.16 is the sample frame area (m2).



Sediment analysis

Sediment samples were obtained at 34 sampling stations, although the sample from the most seaward station of the second transect on the north side was lost. Therefore, 33 sediment samples were analyzed. Sediment cores were collected from the surface at a depth of 4 cm using a 2.3 cm diameter sampling tube in the undisturbed area of each station, transported to the laboratory, and stored at -20°C for further analysis. The pH of the sediment was measured using a pH meter (Sartorius AG, Gottingen, Germany) (according to the manufacturer’s instructions). Sediment salinity was determined by measuring the weight of the soluble salts (McAllister, 1958). The average particle size of the sediment and distribution of sediment particles of different diameters were measured using a Mastersizer 2000 laser particle size analyzer (Malvern Panalytical, Worcestershire, UK) (according to the manufacturer’s instructions). The total organic carbon (TOC) concentration in the sediment was measured using a FlashEA 1112 elemental analyzer (Thermo Fisher Scientific, Waltham, MA, USA) (according to the manufacturer’s instructions).



Prey of Spoon-billed Sandpipers

The mudflats in the study area were visited regularly during the overwintering period of Spoon-billed Sandpipers in 2019–2022. The photographer visited the mudflats 30 times in each overwintering period and spent an average of 6 hours to follow the foraging Spoon-billed Sandpipers at each time. Photographs of foraging birds were captured at a suitable distance to avoid disturbance using a Canon 1DX Mark II camera with a Canon EF 600 mm f/4L IS II USM lens (Canon Inc., Tokyo, Japan). Eventually it took a total of 540 hours to catch 15 different Spoon-billed Sandpiper individuals with prey in their bills during the three overwintering periods. Prey were identified from images, and their sizes were estimated by the ratio of the prey to the length of the bird’s bill (22 mm according to Wang et al., 2006). Note that the prey recorded by the photographer were only the big visible ones, so the methods are quiet bias towards big prey with long handling times.



Data analysis

In this study, the sample size was determined to be sufficient to adequately characterize arthropod taxa by plotting a species accumulation curve. The composition of the mobile epibenthos community in the study area was analyzed by combining both density (number of individuals per unit area) and frequency of occurrence (the proportion of samples in which a species occurred among all samples). The dominance of a species was calculated using the following formula: Yi = (Ni/N)×fi, where Yi is the dominance of species i, Ni is the number of species i, N is the total number of mobile epibenthos, and fi is the frequency of occurrence for species i. A species was identified as dominant when Y > 0.02.

Redundancy analysis (RDA) was used to analyze the relationship between arthropod density and environmental factors (sediment median particle size, TOC content, pH, salinity, and distance from the seawall). Stepwise regression was used to analyze the main environmental factors affecting arthropod density. Pearson correlation analysis was used to analyze the relationships between arthropod density and environmental factors, and between the density of dominant species and environmental factors.

Statistical analysis was preformed using SPSS Statistics software and the results were plotted using the R Studio tool in R software (R Core Team, Vienna, Austria).




Results


Sediment characteristics

The mean value of the median particle size of the sediment samples was 64.0 ± 17.6 μm (N = 33) with a median particle size ranging between 19.3-88.3 μm. The composition of the sediment of all samples, from large to small particle size, was 10.7% fine sand (particle size >125 μm and <250 μm), 61.7% very fine sand (particle size >63 μm and <125 μm), 16.3% silt (particle size >4 μm and <63 μm), and 1.3% clay (particle size <4 μm). Therefore, the sediments in the mudflats of Tujiao contained mixed sand and mud substrates. The median particle size did not differ significantly among sediment samples from sampling stations located at different distances from the seawall (Figure 2). However, 11 sampling stations in four transects on the south side of the study area had relatively larger proportions of sediment with a particle size < 2 μm (ranging between 1.1–4.5%) and all sediment samples from these stations had a small median particle size (ranging between 19.3–67.3 μm). The average pH of all sediment samples was 8.2 ± 0.33, the average salinity was 1.21 ± 3.36%, and the average TOC content was 0.21 ± 0.07%. Sediment pH, salinity, and TOC content did not differ significantly at sampling stations located at different distances from the seawall (Figure 2).




Figure 2 | Median particle size (D50), pH, salinity, and total organic carbon (TOC) content of sediment samples. * symbol represents the extreme value in the data.





Food resources

A total of 58 macrobenthic species with an average density of 257 ind/m2 were found in six transects in the Tujiao mudflats of the Leizhou Bay (Table 3). A total of 15 species of mobile epibenthos were recorded, including 13 arthropod species (one species of hooded shrimp, five species of gammarid, one species of opossum shrimp, two species of shrimp, and four species of crab) and two species of fish (Table 4). The species accumulation curves of the dominant arthropod taxa indicated that the sample size used in this study was adequate (Figure 3). The density of mobile epibenthos in shallow pools was 106 ind/m2, accounting for 41% of the total benthos. The average length of each species was 1–7 mm, with a length range of 1–19 mm, which were ingestible for Spoon-billed Sandpipers (Table 4), except for Diogenes edwardsii, a hermit crab that is unlikely to be food for Spoon-billed Sandpipers as it hides in a heavy shell.


Table 3 | Number of species, average density and the percentage of different marobenthic groups in mudflats of Tujiao in December 2020.




Table 4 | Mobile epibenthic species in mudflat shallow pools.






Figure 3 | Species accumulation curve of arthropods.



Three amphipod and cumacean species (Monoculodes koreanus, Diastylis tricincta, and Grandidierella japonica) were dominant among the mobile epibenthos collected, accounting for 85% of mobile epibenthic animals recorded. Among them, the average density of M. koreanus reached 48 ind/m2 and the species was distributed in 79% of the sampling stations, while the average density of D. tricincta reached 27 ind/m2 and the species was distributed in 70% of the sampling stations, and the average density of G. japonica reached 15 ind/m2 and the species was distributed in 64% of the sampling stations. Other species (shrimp, crabs, and other amphipods) were less abundant and had a relatively small distribution range. Among them, Philyra olivacea, P. minuta, Alpheus pacificus, Neoxenophthalmus obscurus, and Listriella curvidactyla were recorded in only 3% of the sampling stations, while Archaeomysis kokuboi was distributed in 33% of the sampling stations. The density of the two fish species was 0.6 ind/m2 and their frequency of occurrence in the sampling stations was 6%.

The distribution of these mobile epibenthos was heterogeneous in the mudflats (Figure 4) and their density was significantly greater on mudflats within 1 km of the seawall (126 animals/m2) than those beyond 1 km (69 animals/m2), with > 80% of mobile epibenthos distributed on mudflats within 1 km of the seawall.




Figure 4 | Density distribution of mobile epibenthos.





Prey of Spoon-billed Sandpipers

Photographs of 15 different individual Spoon-billed Sandpipers with clear prey items were obtained (Table 5). Among them, six birds had been previously banded in breeding, migratory, and wintering grounds. The food sources included shrimp (10/15, 66.7%), fish (3/15, 20.0%), and crabs (2/15, 13.3%) (Figure 5, also see Appendix). The average sizes of the shrimp, fish, and crab were 28 mm (N=10), 30 mm (N=3), and 15 mm (N=2), respectively, while the total average prey size was 27 mm (N=15).


Table 5 | Prey of spoon-billed sandpipers.






Figure 5 | Photographs of Spoon-billed Sandpipers foraging in mudflats of Leizhou Bay.






Discussion


Food resources

The mixed sand and mud substrates of the Leizhou mudflats are consistent with those in the preferred foraging sites of Spoon-billed Sandpipers in other overwintering areas (Burton, 1971; Bird et al., 2010; Chowdhury et al., 2017; Kelly et al., 2017; Aung et al., 2022). More than half of the mudflat surface in the study area was covered by shallow pools at low tide and the rest of the area was also very wet. Small arthropods were widely and abundantly distributed in the Tujiao mudflats in winter. Interestingly, one small crab species (2-7 mm in length) is abundantly and evenly distributed in the mixed sand and mud substrates of the Gulf of Mottama, the world’s most important wintering site for Spoon-billed Sandpipers (Aung et al., 2022). As the second most important wintering site for Spoon-billed Sandpipers in the world at present, the mudflat shallow pools of Leizhou Bay in winter contained 13 arthropod species (1–19 mm in length) with an average density of 105 ind/m2, which was less dense than the small crabs in the Mottama mudflats in winter (approximately 181 ind/m2), but relatively more dense than the winter benthos of coastal mudflats in four other overwintering areas of southern China (Huang et al., 2002; Lin, 2003; Huang, 2010; Xia, 2015; State Oceanic Administration, 2016; Tang et al., 2019).



Environmental factors affecting arthropod distribution

The RDA results showed that among abiotic factors, median particle size, TOC content, and distance from the seawall had a greater effect on arthropod density, whereas sediment pH and salinity had a smaller effect on arthropod density (Figure 6). Among biotic factors, the presence of bivalves and gastropods had a smaller effect on arthropod density, with bivalves having a slightly greater effect on arthropod density than gastropods. Among environmental variables, median particle size was negatively correlated with sediment pH, salinity, and TOC content as well as distance from the seawall, while the rest of the variables were positively correlated. Spearman’s correlation analysis showed that arthropod density was significantly and negatively correlated with distance from the seawall (p<0.05). Among environmental variables, sediment pH and salinity were significantly and negatively correlated (p<0.05), while TOC content and median particle size were significantly and negatively correlated (p<0.05). Furthermore, sediment pH was significantly and positively correlated with distance from the seawall (p<0.05). Sediment salinity was significantly and positively correlated with TOC content (p<0.05), but significantly and negatively correlated with median particle size (p<0.05). Sediment TOC content was significantly and negatively correlated with median particle size (p<0.05).




Figure 6 | Redundancy analysis results of the relationship between arthropod density and environmental factors.



Among all environmental factors, the results indicated that only distance from the seawall had a significant impact on the distribution of arthropods; that is, the closer to the seawall, the greater the density of arthropods. It is possibly because of the longer exposure of shallow pools near the seawall, resulting in a more adequate food supply (Ysebaert et al., 2005; Choi et al., 2010). Moreover, mangrove forests grow in abundance near the seawall may provide released minerals, nutrients, and bacterial production to support the benthos community in the adjacent mudflats (Wolff et al., 2000; Koch and Wolff, 2002; Henriques et al., 2021; Meijer et al., 2021). Additionally, mangrove forests are rich in diatoms (Reyes-Vasquez, 1975; Du and Jin, 1983; Chen, 2004), which may provide a rich food source for mudflat surface-dwelling arthropods (Leh and Sasekumar, 1985; Marples et al., 1988; Wah and Wee, 1988; Vicente, 1990).



Prey of Spoon-billed Sandpipers

Spoon-billed Sandpipers in the study area fed on shrimp, crabs, and fish, which are all highly mobile benthos and thus the focus of this study. Among them, shrimp was the main food resource. The sizes of all prey in the images were larger than the bill length of Spoon-billed Sandpipers, but less than twice their bill length. Previous researchers have observed Spoon-billed Sandpipers foraging mainly in mud pools or shallow water pools in mudflats, but catching prey was not observed most of the time (Jahn, 1942; Piersma, 1986; Kelly et al., 2017; Aung et al., 2022; Z Liu and DM Li 2022, personal communication). In the current study, Spoon-billed Sandpipers were extensively followed over three winters in the study area, and only occasionally photographed feeding on this larger prey. Based on the total of 540 hours tracking foraging birds and only 15 individual prey caught, the average hours to catch one big prey was 36 hours. Researchers in the Tiaozini mudflats (Yancheng, Jiangsu Province) during migration season and in the Xichang mudflats (Hepu, Beihai, Guangxi Province) during the non-breeding period reported similar findings (Kelly et al., 2017; Z Liu and DM Li 2022, personal communication). Most prey that the above researchers witnessed were also larger shrimp (normally larger than bill length). Therefore, we hypothesized that Spoon-billed Sandpipers likely feed primarily on smaller benthos in shallow pools.

In addition, previous studies have suggested that Spoon-billed Sandpipers and spoonbills (Platalea) share many similarities, such as mouth shape, dense Herbst corpuscles in their bills, and certain specific foraging methods (e.g., open mouth scanning in liquids such as water or pulpy mud, and preferring to scan for food in small groups), and spoonbills are known to feed on animals that escape easily in the water (Burton, 1971; Piersma, 1986; van de Kam et al., 2004; Bird et al., 2010; Kelly et al., 2017). Spoon-billed Sandpipers forage in liquids on the surface of mudflats by sweep-stitching (Kelly et al., 2017; Aung et al., 2022), suggesting that their targets are likely escaping prey living in water or sloppy mud.

In summary, we hypothesize that arthropods living in tidal pools, sloppy mud, and shallow water in mudflats are likely the main prey of Spoon-billed Sandpipers in non-breeding areas in China. The preference of Spoon-billed Sandpipers for feeding grounds with mixed sand and mud substrates is likely because these sediment characteristics help the birds to successfully capture slippery mobile epibenthos, which are best caught by their unique bills (Kelly et al., 2017).



Conservation implications

Degradation, pollution, and human activities at important staging and wintering sites along the migration route are considered to be important factors that negatively affect the population of Spoon-billed Sandpipers (Peng et al., 2017). Since 2018, with the cessation of large-scale coastal reclamation, the invasion of S. alterniflora has gradually become one of the main threats to coastal mudflats in China. The rapid spread of this stubborn plant species has accelerated the degradation and disappearance of intertidal mudflats (Wang et al., 2006; Lin et al., 2015; Okoye et al., 2020; Zeng et al., 2020). Although the expansion of this invasive plant is not as severe in the wintering grounds of Leizhou as in southern Jiangsu, the most important staging area for Spoon-billed Sandpipers in the world, managing S. alterniflora growth in Leizhou and Hepu is imperative (Choi et al., 2022; RJ Sun 2022, personal communication).

In addition, the impact of artificial mangrove expansion on intertidal mudflats in the coastal areas of southern China is another concern for Spoon-billed Sandpiper conservation. The mangroves in the East Asian-Australasian Flyway account for 45.6% of the total global mangrove area (Giri et al., 2011). The dense vegetation of mangroves often acts as a barrier to shorebird foraging, resulting in the loss of suitable habitats (Zwarts, 1988; Choi et al., 2017). The restoration of mangrove forests in many parts of mainland China since the last century has led to a continuous increase in mangrove area, and some important waterbird habitats have been affected, including on the Leizhou Peninsula. Thus, mangroves are likely to have an impact on the largest wintering population of Spoon-billed Sandpipers in China (Choi et al., 2022). The potential negative impact of mangrove restoration on shorebirds needs to be carefully monitored and assessed to balance both mangrove and waterbird conservation, thus controlling the harmful expansion of mangroves when necessary to protect the biodiversity of coastal areas under the premise of diversification.

To date, a paucity of winter benthos data has been reported in important and potential habitats of Spoon-billed Sandpipers in China, and no targeted and systematic investigations have been conducted. We hope that the current study will inspire researchers to further explore the diet and status of food resources of Spoon-billed Sandpipers in critical habitats. The following aspects warrant further research: (1) comprehensive and in-depth analysis using environmental DNA and isotopes to determine the diet of Spoon-billed Sandpipers in various habitats in order to more accurately assess and monitor the quality of their foraging habitats (Penning et al.MS 2); (2) applying the sampling method used in this study to other foraging sites of Spoon-billed Sandpipers to obtain more accurate data on benthos; (3) comprehensive measuring of environmental factors associated with potential food resources of Spoon-billed Sandpipers, especially variables related to mobile epibenthos in shallow pools, in order to identify key factors influencing the potential food resources of Spoon-billed Sandpipers. Acquiring this knowledge will fill a crucial knowledge gap, which is urgently needed to protect important habitats and facilitate the conservation of Spoon-billed Sandpipers (Aung et al., 2022).
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Coastal wetlands serve as sources and sinks of carbon, nitrogen, phosphorus, and sulfur, and their ecological stoichiometry intuitively indicates the biogeochemical cycle process of the region. This study investigated the changing trend of the contents of soil organic carbon (i.e., SOC), total nitrogen (i.e., TN), total phosphorus (i.e., TP), and total sulfur (i.e., TS) and their ecological stoichiometric ratios in 2019-2021 in the Yellow River Delta (including north and south banks) under the Internationally Important Wetland Biodiversity Conservation Project by conducting field surveys and experiments. The results showed that SOC, TN, and TP showed the highest content in the North Unrestoration, while the TS content appeared highest in the North Restoration. In addition, ecological restoration improved the biogenic element stability in both banks and improved the stability of ecological stoichiometry on the north bank while decreasing the ecological stoichiometry stability on the south bank. Notably, the changing trend of soil C/S in the North Unrestoration exhibited a considerably different profile similarity from the North Restoration, which indicates that the ecological restoration changed the wetland ecosystem from the perspective of soil C/S. Furthermore, the high content of soil biogenic elements SOC and high ratio of soil ecological stoichiometry C/N and C/S in the Yellow River Delta induce that they are more sensitive to environmental change. Over the three years, the contributions of soil moisture content, soil salinity, and pH to soil biogenic element contents and their stoichiometric ratios were 32.20%, 49.30%, and 18.50% on the north bank, respectively, and 85.70%, 8.50%, and 5.80% on the south bank, respectively. This study implies that ecological restoration generally has a positive effect on the soil biogenic element contents and their ecological stoichiometry in the Yellow River Delta and provides a reference for delta restoration.




Keywords: wetland topsoil, water and salt conditions, biogenic elements, ecological stoichiometry, coastal wetlands



1 Introduction

Coastal wetlands are one of the most valuable, fragile, and highly productive ecosystems and play an important role in adjusting the global biogeochemical cycles of biogenic elements (Bai et al., 2012; Lu et al., 2018; Du et al., 2022). However, coastal wetlands have been significantly affected by climate change and intensive anthropogenic activities in recent years and have attracted extensive attention globally (Syvitski et al., 2009; Giosan et al., 2014; Nicholls, 2020). Therefore, many ecological restoration efforts have been conducted all over the world, and their effects are considerable (Gao et al., 2010; Couvillion et al., 2013; Xu et al., 2020; Liu et al., 2021). As one of the youngest coastal wetlands, the Yellow River Delta has faced significant dangers (e.g., wetland salinization, wetland degradation and shrinkage, biodiversity decrease) from climate change and human activities in recent years (Lu et al., 2018). More than ten big ecological restoration projects have been performed in the Yellow River Delta since 2020, including Suaeda salsa restoration, Spartina alterniflora removal, hydrological connectivity enhancement, etc. (Liu et al., 2018; Zhao et al., 2020; Jiang et al., 2021; Ning et al., 2021). Given the critical role of the Yellow River Delta, understanding the effects of ecological restoration on the soil biogenic elements and ecological stoichiometry becomes an imperative task.

In general, the number of ecological restorations steadily increased from 1992 to 2014, and the total cost of the projects continued to increase in China (Liang et al., 2018; Li et al., 2019b). Notably, the outcome of ecological restorations is usually unclear, and the effectiveness of the ecological restoration measures is opaque (Li et al., 2019b). Soil organic carbon storage could be decreased by 108-250 million metric tons under a “future-without-action” in Louisiana’s wetland (Couvillion et al., 2013). In addition, 35%-75% of the soil organic carbon could be offset if the projects (397 different projects) had been completed (Couvillion et al., 2013). The phosphorus storage capacity increased with increasing time since wetland restoration (freshwater replenishment) in the Yellow River Delta (Xu et al., 2020). However, the risk of losing phosphorus from the sediments decreased with increasing time (Xu et al., 2020). The implementation of wetland ecological restoration (removal of reeds at harvest) in 2005 in the Yellow River Delta decreased the soil pH, electric conductivity, soil organic matter, total nitrogen, and total sulfur while increasing the total phosphorous and potassium (Gao et al., 2010).

The stoichiometric approach is a useful tool for examining the fluxes of multiple elements and their ratios to deeply understand ecosystem processes (Ptacnik et al., 2005). For instance, soil C/N is a typical symbol of soil quality (Elser et al., 2003). The soil C/P and C/S are sensitive indicators for the mineralization ability of phosphorus and sulfur (Du et al., 2022). In addition, the soil N/P is usually used as an indicator of biogenic element restriction type (Zhang et al., 2012b; Cao et al., 2015; Du et al., 2022). Coastal ecological restoration, as a combined natural and anthropogenic activity, alters the soil ecological stoichiometry (Zeng et al., 2017; Guo et al., 2018). The plant recovery project in Fujian decreased soil C/N (Guo et al., 2018). In addition, the soli C/N decreased, while the soil C/P and soil N/P increased after the Caragana korshinskii recovery project on the Loess Plateau of China (Zeng et al., 2017). The “Redfield-like” ratios of C/N/P stoichiometric ratios did not exist in the wetland soil of the Yellow River Delta (Qu et al., 2014). To date, the majority of the existing studies have focused on changes in coastal soil biogenic elements and ecological stoichiometry for different soil profiles or restored sites (Lu et al., 2018; Zhang et al., 2021b; Du et al., 2022), while the effects of ecological restoration projects need to be clarified, especially for a specific project.

In this study, we examined the effects of a special ecological restoration project (The Internationally Important Wetland Biodiversity Conservation Project, hereafter IIWBCP) on the soil organic carbon (hereafter, SOC), total nitrogen (hereafter, TN), total phosphorus (hereafter, TP), total sulfur (hereafter, TS), carbon-nitrogen ratio (hereafter, C/N), carbon-phosphorus ratio (hereafter, C/P), carbon-sulfur ratio (hereafter, C/S), and nitrogen-phosphorus ratio (hereafter, N/P) in 2019-2021 on the north and south banks of the Yellow River Delta. Notably, we chose the unrestored sites in both banks (i.e., the north and south banks of the Yellow River Delta) to exclude the effects of other factors and better compare the effects of ecological restoration. We addressed the following questions: (1) does ecological restoration improve conditions of soil biogenic elements and ecological stoichiometry, and (2) what is the possible potential mechanism of ecological restoration? This study provides a scientific basis for determining the effects of coastal ecological restoration on biogenic elements and ecological stoichiometry.



2 Materials and methods


2.1 Study area and ecological restoration description

The study area is located in the Nature Reserve of the Yellow River Delta (37°35′N~38°12′N, 118°33′E~119°20′E), which is located in northeastern Shandong Province and is surrounded by Bohai Bay and Laizhou Bay (Zhao et al., 2020). In addition, it is one of the most complete, extensive, and youngest coastal wetland ecosystems in the warm temperate zone (Bai et al., 2012). The rainy season of the Yellow River Delta is from June to August, and this region has a warm-temperate and continental monsoon climate (Qu et al., 2014; Lu et al., 2018). The annual average temperature in the Yellow River Delta is 12.1°C, and the average annual rainfall and evaporation are 551.6 mm and 1962 mm, respectively (Lu et al., 2018). Due to the negative impacts of the intensive human activities (e.g., reclamation and construction of coastal defence) and local environmental changes (e.g., drought and land use change), the loss and degradation of coastal wetlands in the Yellow River Delta has become a major issue (Wang et al., 2012). Therefore, the vulnerable ecological environments of the Yellow River Delta and their restorations have attracted extensive attention (Bai et al., 2012; Zhang et al., 2021a).

The soil biogenic elements SOC, TN, TP, and TS in the coastal wetlands of the Yellow River Delta mainly concentrates in the topsoil, and the values are approximately 1.10-22.80 g/kg (Xu et al., 2020), 0.08-1.64 g/kg (Jia et al., 2015; Xu et al., 2020), 0.46-0.65 g/kg (Xu et al., 2020; Du et al., 2022) and 0.11-0.54 g/kg (Lu et al., 2018), respectively. The biological stoichiometry of C/N, C/P, C/S, and N/P in the Yellow River Delta are 10-15, 2-10, 5-25, and 0-0.80, respectively (Du et al., 2022). In addition, the Yellow River Delta has the lowest formation time compared to other wetland ecosystems in China’s warm and humid zone (Jiang et al., 2021) and its soil N/P is much lower compared with the Sanjiang Plain, whose N/P ranges about 5.04-21.43 (Prusty et al., 2009; Zhang et al., 2012b; Cao et al., 2015). SOC is significantly negatively correlated with soil pH and positively correlated with water content in the Yellow River Delta (Zhao et al., 2020).

The IIWBCP in the Yellow River Delta was primarily designed to protect the biodiversity at the Dawenliu and Huanghekou Management Stations by adding freshwater, improving bird habitat, enhancing vegetation diversity and building sluices. The ecological restoration on the north bank mainly aims to replenish freshwater, while that on the south bank mainly aims to promote vegetation growth. This project was implemented on the north and south banks of the Yellow River Delta in 2019. In order to solve the sediment deposition issue in the wetland of the project area, the fresh water from the Yellow River enters the wetland after settling sand. The control gate joined the little portions of the wetland and allowed water to flow into the deep ditch and diversion canal in the wetland to modify the water level. The entire water system cycle is completed when the water passes through the drainage gate and onto the floodplain downstream. After the implementation of the ecological restoration for three years, the ecological conditions were significantly changed, especially the soil biogenic elements and their stoichiometry. To explore the effect of the ecological restoration on both banks of the Yellow River Delta, our study set 6 unrestored sites and 17 restored sites on the north bank, and 6 unrestored sites and 30 restored sites on the south bank (Figure 1). Notably, the unrestored sites and the restored sites are both located in interaction area of freshwater and saline water, and the unrestored sites have relatively low impact from anthropogenic activities.




Figure 1 | Location map on the north and south banks of the Yellow River Delta. The purple points represent the unrestored sites and the restored sites.





2.2 Sample collection and analysis

The topsoil (0-10 cm) of 59 sample points was collected during 6 periods (2019/7, 2019/11, 2020/5, 2020/7, 2021/4, and 2021/6). We collected 3 soil samples with a volume of 100 cm3 at 1 site, and then we mixed 3 samples into 1; thus, 354 soil samples were collected in total. First, the plant residues, stones, and other debris in the soil samples were removed in the laboratory (Du et al., 2022). Then, we weighed the wet soil weight M1 and located the soil samples in a 60° oven to dry to constant weight and weighed M2. Then, we calculated the soil moisture content (hereafter, SMC) as (M1-M2)/M1. Then, one part of the soil samples were ground through sieving using a 20-mesh sieve (0.85 mm) for the soil salinity (hereafter, SS) and pH measurements (Jia et al., 2015). Another part of the soil samples was continually ground through sieving using a 100-mesh sieve (0.149 mm) for the contents of soil biogenic element (Du et al., 2022). SS and pH were measured using a portable salinity meter (JENCO 3010 M) and a pH meter (HANNA HI 8424), respectively, in the supernatant of soil–water 1:5 (mass: volume) (Tandon, 2005). The TN and TS contents of the soil samples were determined using an elemental analyzer (Vario EL III). TP was determined using inductively coupled plasma (ICP), and SOC was determined using the potassium dichromate volumetric method (Walkley and Black, 1934).



2.3 Statistical analysis

To explore the significant difference between different periods of the biogenic elements and biological stoichiometry in the north and south banks of the Yellow River Delta, a significance test that is a posterior analysis was performed. Specifically, we adopted the nonparametric Kruskal–Wallis test for a nonnormally distributed variable (McKight and Najab, 2010) and one-way ANOVA with LSD (Line Segment Detector) post hoc multiple test for normally distributed variables (Stahle and Wold, 1989). Notably, the variables were modified to obtain a normal distribution by using square root (sqrt), logarithmic (ln), or inverse transformations (1/). In addition, the T level of statistical significance was set to P (probability) <0.05, and the statistical analyses were performed using SPSS 20.0 statistical software (IBM, Armonk, NY, USA).

To identify correlations among environmental conditions, biogenic elements, and ecological stoichiometry in the soil samples, Redundancy Analysis (hereafter, RDA) was conducted using the Canoco 5.0 software package (Microcomputer Power, Ithaca, USA) (Van Den Wollenberg, 1977; Lu et al., 2018). We adopted regular indicators (SS, SMC and pH) as the environmental factors (Jia et al., 2015). For the RDA, the variables are represented by arrows, and a longer arrow indicates that the corresponding parameter is more important. In addition, a small angle between two arrows indicates that the correlation between the two corresponding variables is strong (Bonari et al., 2017; Chen et al., 2019; Jarideh et al., 2021).

To compare the similarity of the mean profile and changing trends of grouped samples under different conditions on the north and south banks of the Yellow River Delta, we adopted profile analysis. The profile analysis method is a multivariate analysis of variance (MANOVA) with repeated measures (Crowder and Hand, 2017). Specifically, profile similarity is used to determine whether there is any interaction between the analysis groups. Profile coincidence is used to see if there is a substantial difference between the groups. Horizontal profile is used to see if there is a substantial difference between certain parameters (Crowder and Hand, 2017).




3 Results


3.1 Contents of biogenic elements and ecological stoichiometry and their comparisons between the restored and unrestored sites


3.1.1 Contents of SOC, TN, TP and TS

The average contents of soil SOC in North Unrestoration, North Restoration, South Unrestoration, and South Restoration were 5.19, 4.99, 4.09, and 4.34 g/kg, respectively (Figures 2A–D). The soil SOC contents of 2020/5, 2021/4, and 2021/6 in North Unrestoration were significantly higher than those in 2019/11 and 2020/7 (P<0.05). Significant differences in soil SOC in South Unrestoration were observed in 2019/11 and 2021/4 and in 2019/11 and 2021/6 (P<0.05). The North Unrestoration exhibited the highest soil TN content (0.40 g/kg), followed by the North Restoration (0.39 g/kg) and South Unrestoration (0.34 g/kg), while the lowest soil TN content (0.33 g/kg) was observed in the South Restoration (Figures 2E–H). 2020/7 and 2021/6, 2019/7, and 2020/7 showed a significant difference in North Restoration and South Unrestoration, respectively (P<0.05).




Figure 2 | The soil SOC content of (A) the North Unrestoration, (B) the North Restoration, (C) the South Unrestoration, and (D) the South Restoration. The soil TN content of (E) the North Unrestoration, (F) the North Restoration, (G) the South Unrestoration, and (H) the South Restoration. The soil TP content of (I) the North Unrestoration, (J) the North Restoration, (K) the South Unrestoration, and (L) the South Restoration. The soil TS content of (M) North Unrestoration, (N) North Restoration, (O) South Unrestoration, and (P) South Restoration. Data means ± SE. Differences in SOC-South Unrestoration, TN-South Restoration, TS-South Restoration and TP-North Unrestoration were tested by the nonparametric Kruskal–Wallis test, and the rest were all tested by one-way ANOVA with LSD post hoc multiple tests. Bars with different letters are significantly different (P<0.05). SOC represents soil organic carbon, TN represents total nitrogen, TP represents total phosphorus, TS represents total sulfur, and the following figure captions are the same.



The average contents of soil TP in North Unrestoration, North Restoration, South Unrestoration, and South Restoration were 0.64, 0.59, 0.63, and 0.60 g/kg, respectively (Figures 2I–L). The soil TP contents of 2021/6 and 2020/7 were significantly different in the North Restoration. Furthermore, the soil TP contents of 2019/11, 2020/5, and 2020/7 were significantly different from that of 2021/6 in the South Unrestoration (P<0.05). The South Restoration exhibited the highest TS contents (0.42 g/kg), followed by the North Restoration (0.41 g/kg) and South Unrestoration (0.39 g/kg), while the lowest soil TS contents (0.30 g/kg) was observed in the North Unrestoration (Figures 2M–P). The soil TS contents of 2019/7 and 2020/7, 2021/4 in the North Restoration, 2020/5 and 2019/7 in the South Unrestoration, and 2021/6, 2020/5, 2020/7, and 2021/4 in the South Restoration were significantly different (P<0.05). In addition, the soil SOC, TN, and TP showed the highest contents in the North Unrestoration, while the TS contents appeared highest in the North Restoration (Figure 2).



3.1.2 Ecological stoichiometry ratios of C/N, C/P, C/S, and N/P

The highest average values of soil C/N, C/P, C/S, and N/P (i.e., 21.77, 8.25, 32.83, and 0.76, respectively) appeared in the South Restoration, North Unrestoration, North Unrestoration, and North Restoration, respectively (Figures 3A–P). Soil C/N in South Restoration was significantly different for 2020/5 and 2021/4 (Figure 3D), and C/P in South Unrestoration for 2019/11 was significantly different from that of 2019/7 and 2021/6 (Figure 3G). In addition, the soil C/S of 2020/5 and 2019/7 in the North Restoration and that of 2020/5, 2020/7, and 2019/7 in the South Unrestoration were significantly different (Figures 3J, K). The light fluctuation of soil N/P in the Yellow River Delta was observed (Figures 3M–P).




Figure 3 | The C/N content of (A) the North Unrestoration, (B) the North Restoration, (C) the South Unrestoration, and (D) the South Restoration. The C/P content of (E) the North Unrestoration, (F) the North Restoration, (G) the South Unrestoration, and (H) the South Restoration. The C/S content of (I) the North Unrestoration, (J) North Restoration, (K) South Unrestoration, and (L) South Restoration. The N/P content of (M) the North Unrestoration, (N) the North Restoration, (O) the South Unrestoration, and (P) the South Restoration. Data means ± SE. Differences for the C/N-North Unrestoration, C/N-North Restoration, C/N-South Unrestoration, C/N-South Restoration, C/P-South Restoration, and C/S-South Restoration were tested by the nonparametric Kruskal–Wallis test, and the rest were all tested by one-way ANOVA with LSD post hoc multiple tests. Bars with different letters are significantly different (P<0.05). C/N represents the ratio between soil organic carbon and total nitrogen, C/P represents the ratio between soil organic carbon and total phosphorus, C/S represents the ratio between soil organic carbon and total sulfur, N/P represents the ratio between total nitrogen and total phosphorus, and the following figure captions are the same.





3.1.3 Comparison between restored and unrestored sites

Generally, the soil SOC was an order of magnitude larger than TN, TP, and TS (Figures 4A–D). In addition, the average soil ecological stoichiometry showed C/S (30.70)> C/N (18.29) > C/P (7.51) > N/P (0.62) in the Yellow River Delta (Figures 4E–H). As Figures 4A–D show, the soil SOC, TN, TP, and TS of North Unrestoration and South Unrestoration fluctuated more than those of North Restoration and South Restoration, respectively. However, the soil C/N, C/P, C/S, and N/P ratios of North Unrestoration and South Restoration fluctuated more than those of North Restoration and South Unrestoration, respectively (Figures 4E–H).




Figure 4 | The comparison between the North Unrestoration, North Restoration, South Unrestoration and South Restoration of (A) SOC, (B) TN, (C) TP, (D) TS, (E) C/N, (F) C/P, (G) C/S, (H) N/P.






3.2 Results of profile analysis of biogenic elements and ecological stoichiometry in the Yellow River Delta


3.2.1 Profile analysis of SOC, TN, TP, TS

As Figure 5 shows, the changing characteristics of soil SOC, TN, TP, and TS in the North Unrestoration and North Restoration and South Unrestoration and South Restoration were profile similarity, profile coincidence, and trend horizontality, which means that the unrestored and restored sites were not significantly different. We further conclude that the ecosystem remained natural after ecological restoration was performed for 3 years. Notably, the changing trends of soil SOC in the North Unrestoration and North Restoration were not strongly coincident (Figure 5A), indicating that the ecological restoration had great effects on the soil SOC content.




Figure 5 | The profile analysis of (A) SOC on the north bank, (B) SOC on the south bank, (C) TN on the north bank, (D) TN on the south bank, (E) TP on the north bank, (F) TP on the south bank, (G) TS on the north bank and (H) TS on the south bank. The significance level (P) was set as 0.05.





3.2.2 Profile analysis of C/N, C/P, C/S, and N/P

The changing characteristics of soil C/P and N/P in the North Unrestoration and North Restoration and South Unrestoration and South Restoration were profile similarity, profile coincidence, and trend  horizontality (Figures 6C, D, G, H). Soil C/N in the North Unrestoration and Restoration, and soil C/S in the South Unrestoration and South Restoration were both profile similarity, profile coincidence, and trend horizontality (Figures 6A, F). Notably, the changing trend of soil C/N in the South Unrestoration and South Restoration was not trend horizontality considering all the factors (Figure 6B). However, the changing trend of soil C/S in the North Unrestoration exhibited a considerably different profile similarity from the North Restoration, indicating that the three-year restoration effort altered the wetland environment in terms of soil C/S (Figure 6E). Furthermore, the North Unrestoration of soil C/S was much greater than that of the North Restorations. In general, the soil C/N and C/S ratios were more susceptible to environmental change.




Figure 6 | The profile analysis of (A) C/N in the north bank, (B) C/N in the south bank, (C) C/P in the north bank, (D) C/P in the south bank, (E) C/S in the north bank, (F) C/S in the south bank, (G) N/P in the north bank and (H) N/P in the south bank. The significance level (P) was set as 0.05.






3.3 RDA of the correlation between soil physicochemical properties and soil biogenic element contents and their stoichiometric ratios

The basic characteristics of the first two axes of RDA sorting are listed in Table 1. In addition, the order of importance and significance of test findings of the impacts of environmental variables on soil biogenic elements and ecological stoichiometry were determined using the Monte Carlo replacement test of environmental factors and are shown in Table 2.


Table 1 | General characteristics of the first two axes of RDA ordination.




Table 2 | Significance tests of environmental factors in RDA.



On the north bank in 2019, the importance order of the environmental factors for the soil biogenic element contents and ecological stoichiometry: SMC (51.10%) >SS (26.60%) > pH (22.40%) (Table 2). Soil TP was positively correlated with SS but negatively correlated with SMC, while pH was positively correlated with C/N but negatively correlated with C/S. In addition, soil SMC was positively correlated with soil SOC, TN, TS, C/P, and N/P (Figure 7A). On the north bank in 2020, the importance order of the environmental factors for the soil biogenic element contents and ecological stoichiometry: pH (61.90%) > SMC (34.90%) >SS (3.20%) (Table 2). Further analysis showed that both soil SMC and pH were positively correlated with soil TS, TN, and N/P (Figure 7B). On the north bank in 2021, the importance order of the environmental factors for the soil biogenic element contents and ecological stoichiometry: SS (68.90%) > SMC (20.70%) > pH (10.40%) (Table 2). Soil SMC and pH were positively correlated with soil SOC, TN, TS, C/P, and N/P and negatively correlated with soil C/S. Soil SS was positively correlated with soil TP and C/S and negatively correlated with soil SOC, TN, TS, C/P, and N/P. Soil pH was positively correlated with soil C/N and negatively correlated with soil TP and C/S (Figure 7C). Overall, the importance order of the environmental factors for the soil biogenic element contents and ecological stoichiometry: SS (49.30%) > SMC (32.20%) > pH (18.50%) (Table 2) on the north bank over three years from 2019 to 2021 (Table 2). Soil SMC was positively correlated with soil SOC, TN, TP, C/N, C/S, C/P, N/P, and weakly correlated with soil TS. Soil SS was negatively correlated with all soil biogenic element contents and their stoichiometric ratios except for soil C/S (Figure 7D). Furthermore, pH was negatively correlated with all soil biogenic element contents and their stoichiometric ratios.




Figure 7 | RDA of physicochemical properties and soil biogenic element contents and their stoichiometric ratios for the north bank. (A) 2019; (B) 2020; (C) 2021; (D) 2019-2021. Purple four-pointed stars represent unrestored sites, and green circles represent restored sites.



On the south bank in 2019, soil SMC, SS, and pH contributed 12.00%, 42.70%, and 45.20% to the soil biogenic element contents and stoichiometric ratios, respectively (Table 2). Soil pH was positively correlated with soil TN, SOC, and N/P. Soil pH showed a strong positive correlation with soil TN, SOC, N/P, and a negative correlation with soil TP (Figure 8A). On the south bank of 2020, the contribution rates of soil SMC, SS, and pH to the soil biogenic element contents and stoichiometric ratio were 45.50%, 38.40%, and 16.10%, respectively. Among them, soil SMC (P=0.026) and SS (P=0.004) were significant environmental variables (Table 2). Soil SMC was positively correlated with soil TP, SOC, C/N, C/S, and C/P and negatively correlated with soil TS, TN, and N/P. Soil SS was positively correlated with soil TS and N/P. Soil pH was negatively correlated with all soil biogenic element concentrations and stoichiometric ratios (Figure 8B). On the south bank of 2021, the contribution rates of soil SMC, SS, and pH were 21.90%, 17.50%, and 60.60%, respectively, (Table 2). Soil SMC was positively correlated with soil TP, SOC, C/P, C/S, and C/N and negatively correlated with soil TN and N/P. There was a negative correlation between soil SS and soil TS. In addition, there was a positive correlation between soil pH and TN, TP, and a negative correlation with soil TS, SOC, and TN (Figure 8C). For the south bank in 2019-2021, the contributions of soil SMC, SS, and pH to the soil biogenic element contents and their stoichiometric ratios were 85.70%, 8.50%, and 5.80%, respectively, with SMC being significant (P=0.014) (Table 2). The environmental factors were ranked in order of importance: SMC> SS> pH. Soil SMC was positively correlated with soil SOC, TP, C/P, C/S, and C/N and negatively correlated with soil TN, TS, and N/P (Figure 8D). Soil SS was positively correlated with soil TN, TS, and N/P and negatively correlated with the rest of the soil biogenic element contents and their stoichiometric ratios.




Figure 8 | RDA of soil physical and chemical properties and soil biogenic element contents in the south bank. (A) 2019; (B) 2020; (C) 2021; (D) 2019-2021. The purple quadrangular stars represent the unrestored sites, and the green circles represent the restored sites.






4 Discussion


4.1 Potential mechanism of the changes in biogenic elements and ecological stoichiometry under ecological restoration

The biogenic elements in coastal wetlands had different levels of significance under different temporal and spatial conditions due to the easily variable local water salt conditions, vegetation distribution varying with season and microbial activities (Zhou et al., 2007; Cao et al., 2015; Marty et al., 2017; Zhang et al., 2021b). The soil SOC in the Yellow River Delta was much greater than soil TN, TP, and TS, which was likely due to the new-born wetlands (Chen et al., 2008). The biogenic elements of the Yellow River Delta were mainly from the Bohai Sea, which had a high organic carbon content (Wang et al., 2018a). In this study, we found that the ecological restoration in both banks promoted the stability of the biogenic elements, which was probably due to environmental homogenization by replenishing freshwater and growing plants in the North Restoration and South Restoration (Yang et al., 2020; Cai et al., 2021). Additionally, due to the short observation period, ecological restoration did not alter the trends of soil SOC, TN, TP, and TS in the Yellow River Delta. The biogenic components, in particular the soil SOC content, may change significantly over time. Because soil SOC was the primary component in the Yellow River Delta and thus soil SOC was more sensitive, the soil SOC of restored sites actually differed from the unrestored sites only slightly at this time (Figure 5A).

The implementation of ecological restoration affected the environmental variables significantly (Figures 7, 8), thereby, the biogenic element and ecological stoichiometry were changed. In this study, we found that the contribution of soil SS and SMC to the soil biogenic elements and their stoichiometric ratio were higher than that of soil pH, and SS and high SMC were favorably correlated with most biogenic element contents and their stoichiometric ratios on the north bank. The implementation of ecological restoration increased the soil SMC, decreased the soil SS, and increased the soil biogenic element contents and their stoichiometry (Cui et al., 2021; Ma et al., 2021; Zhang et al., 2022). However, soil pH was negatively correlated with all soil biogenic element contents and their stoichiometric ratios because low pH soil was beneficial to nitrogen accumulation (Tang et al., 2014). After the implementation of the restoration project, the retention capacity of N in the wetland soil of the Yellow River Delta was limited by the mass fraction of soil SOC, and the increase in the C/N mass ratio in a certain range promoted the mineralization of organic N, resulting in soil N loss (Wild et al., 2019).

The ecological stoichiometry was determined by the contents of biogenic elements (Du et al., 2022). The content of soil TS is lower than the TN and TP in the Yellow River Delta (Lu et al., 2018; Du et al., 2022). Analogously, soil C/S was larger than C/N and C/P (Lu et al., 2018). In addition, the soil N/P was much lower in the Yellow River Delta (Lu et al., 2018; Du et al., 2022). Furthermore, we found that the effect of ecological restoration on ecological stoichiometry was distinct on the north and south banks (Figures 5E–H). Specifically, ecological restoration on the north bank increased the stability of the ecological stoichiometry, while ecological restoration on the south bank decreased the stability of the ecological stoichiometry. This was probably because ecological restoration on the north bank focuses on water replenishment, while that on the south bank focuses on vegetation growth. On the one hand, the water replenishment results in environmental homogenization, thus the stability is increased. On the other hand, vegetation was more easily influenced by climate change (e.g., the growing season and its subphases (i.e., the growing and senescent phases) (Ding et al., 2020). Generally, ecological stoichiometry was more sensitive than biogenic elements because that the ecological stoichiometry is calculated by two element content (Sardans et al., 2021; Du et al., 2022). For ecological stoichiometry in the Yellow River Delta, the soil C/N and C/S were more sensitive to environmental change due to their high ratio (Lu et al., 2018; Du et al., 2022).

The south bank’s ecological restoration relied on vegetation development, and marsh soil with vegetation and well-developed roots can efficiently hold more nitrogen (Liang et al., 2019). The findings of RDA for the south bank suggested that pH was the most important physical and chemical factor influencing the N concentration. Soil organic matter was the most direct source of nitrogen, and soil with lower pH was helpful for nitrogen buildup (Tang et al., 2014). Soil SMC was favorably associated with soil SOC, TP, C/P, C/S, and C/N and negatively associated with soil TN, TS, and N/P. There was a substantial positive relationship between soil SS and TN, TS, and N/P and a significant inverse relationship between soil SS and the concentrations of other biogenic element contents and their stoichiometric ratios. Previous research also found that soil TP in the Suaeda salsa wetland in the Yellow River Delta intertidal zone was positively correlated with soil SMC and SS, with obvious seasonal differences, but the correlation between soil TP, SOC and pH was not strong. In addition, the source of soil TS in the wetland soil on both banks was mainly TS in seawater, which could explain the reason why soil TN and TS were closely related to soil SS to some extent (Wei et al., 2021).



4.2 Implications for ecological restoration

The result of the biogenic elements and ecological stoichiometry in this study was consistent with a previous study in the Yellow River Delta (Lu et al., 2018), especially the soil SOC (0.47%), TN (0.04%), TP (0.06%), and TS (0.04%) contents in the soil. In addition, the C/N ratio was a sensitive indicator of soil quality and a symbol of soil nitrogen mineralization capacity (Marty et al., 2017). In addition, C/N was inversely proportional to the decomposition rate of organic matter, which means that soil with a lower C/N value had a faster mineralization rate (Zhu et al., 2013). In this study, the range of C/N was 10-50 (Figure 6E), which was consistent with Du et al. (2022). The result indicated that the soil organic matter in the Yellow River Delta has completely humified, and SOC mineralization has begun to be limited (Du et al., 2022). Notably, the soil C/N value found in the Yellow River Delta is greater than that observed in some Chinese wetlands (e.g. Sanjing Plain, Halahai wetlands, Changyi wetland, Jinjiang wetland) (Bai et al., 2010; Zhang et al., 2012b; Wang et al., 2014; Cao et al., 2015; Zeng et al., 2017; Guo et al., 2018).

Soil C/P was regarded as a marker for the ability of soil P mineralization Schadt and Classen (2007) and an index of the latent capacity of P to be absorbed from the environment by microbial mineralization (Wang et al., 2018b). Furthermore, the soil C/S ratio was an indicator of the possible effects of microbial biomass on the availability of soil S (He et al., 1997). In this study, the ranges of soil C/P and C/S were 3-15 and 0-100, respectively. This result means that the mineralization of P and S was the main process, and the available phosphorus and sulfur would increase due to the relatively lower C/P and C/S (Heinze et al., 2010; Lu et al., 2018). In addition, the soil C/P and C/S ratios were close to those of other Chinese wetlands (Zhang et al., 2012a; Zhang et al., 2021b). The soil N/P ratio indicated the status of soil N saturation and was used to determine the thresholds for soil quality limitation (Zhao et al., 2015). Notably, the average soil N/P of this research (i.e., 0.62) was lower than that of other wetlands (>1.2) (Prusty et al., 2009; Cao et al., 2015). Actually, the sedimentation environment, hydrodynamics, grain size, vegetation biomass, and other factors control the element contents and biological stoichiometry in the world (Hu et al., 2016; Li et al., 2019a).

Ecological restoration altered the water table and wet-dry conditions, and thus the mineralization rates of soil SOC, TN, TP, and TS were affected (Comín, 2010; Lamers et al., 2015). Therefore, the biogenic elements and ecological stoichiometry have changed in the Yellow River Delta under ecological restoration. After studying the specific project in the Yellow River Delta, three key points were identified which could potentially imply for conducting ecological restoration. First, we clarify the importance of soil biogeochemical cycles, namely, that soil biogenic elements and ecological stoichiometry play many roles in vegetation and microorganisms (Hu et al., 2016). The biogenic element contents and their ratio are essential evaluation indicators for ecological restoration (Wortley et al., 2013). Therefore, we propose that the success of the ecological restoration will be enhanced by emphasizing continuous observation after project implementation (Li et al., 2019b). Second, the main components of soil biogenic elements and ecological stoichiometry should receive sufficient attention during the implementation of ecological restorations, because they are much more sensitive to environmental change (Du et al., 2022). Third, the choice of unrestored sites, which need to well reflect the natural conditions, cannot be ignored (Durbecq et al., 2020). Notably, profile analysis can be adopted to distinguish the effects of ecological restoration.




5 Conclusion

In this study, The soil biogenic element content (SOC, TN, TP, TS) and ecological stoichiometry (C/N, C/P, C/S, N/P) in the Yellow River Delta under ecological restoration (IIWBCP) were investigated. The results showed that ecological restoration improved the biogenic element stability in both banks of the Yellow River Delta due to the environmental homogenization. However, the restoration increased the ecological stoichiometry’s stability in the north bank while decreasing the ecological stoichiometry’s stability in the south bank because of the different restoration focuses. The changing trend of soil C/S in the North Unrestoration showed a significant difference from the North Restoration, implying that ecological restoration alters the wetland ecosystem from a soil C/S perspective. Notably, the high content of soil biogenic elements SOC and high ratio of soil ecological stoichiometry C/N and C/S in the Yellow River Delta induce that they were more sensitive to environmental change. Furthermore, the main environmental variables in the north and south banks from 2019 to 2021 were soil SS and SMC, respectively. The ecological restoration have changed the environmental condition, thus the biogenic element contents and ecological stoichiometry were changed to some extent. Further and more detailed investigations of biogenic elements and ecological stoichiometry are needed to demonstrate the influences of ecological restoration and provide a reference for future restoration in local sites and global wetlands.
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Burrowing crabs are widely distributed and have large populations in estuarine wetlands. Crab excavation can have potentially significant bioturbation effects on the vertical structure of sediments, and the processes of nutrients deposition and mineralization. However, the effects of crab micro activities on the geochemical cycling processes of the whole estuarine ecosystems are not clear, specifically the contributions of burrowing crabs to sediment and nutrients turnover in coastal ecosystems. Due to the lack of knowledge on crab burrowing behavior and borrow morphology, it is difficult to accurately estimate the excavation and turnover volumes of crabs. Therefore, this study examined the bioturbation activity of the crab Helice tientsinensis in western Pacific estuary ecosystems by analyzing their burrow morphology and local sediment properties. The common burrow shapes of Helice tientsinensis were J- and Y-shaped burrows. Burrow morphological characteristics such as total burrow depth, curve burrow length, burrow volume, and opening diameter significantly differed among tidal zones. Crab carapace size, water depth, soil hardness, and bulk density were the main factors driving burrow morphology. Sediment excavation by crabs was ~50 times greater than the deposition of sediment into crab burrows. The net transported amounts of sediment (31.66–33.18 g·d-1·m-2) and nutrients (total nitrogen: 0.075–0.090 g·d-1·m-2, total carbon: 3.96–4.55 g·d-1·m-2, and organic matter: 0.44–0.77 g·d-1·m-2) were mainly from the belowground sediment to the surface. These results highlighted the important role of crabs in sediment and nutrients cycling within coastal estuary ecosystems.
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Introduction

Burrowing crabs can act as ecosystem engineers, herbivores, and prey, playing important roles in coastal estuarine ecosystems (Alberti et al., 2008; He et al., 2017). Crabs feed on various food resources including microphytobenthos, plant, leaf litter, organic debris, and fungi, directly affecting the deposition and mineralization of soil organic matter (OM) and nutrients (Pennings et al., 1998; Zhang et al., 2013; He et al., 2015; Chen et al., 2016; Ouyang et al., 2021). Digging is the most basic crab behavior. Crabs support nutrient cycling, promote sediment-water exchange, and affect sediment properties through their burrowing activities (Koo et al., 2007; Xin et al., 2009; Fanjul et al., 2015; Vu et al., 2017). They can redistribute sediments by depositing soils from the bottom of burrows and by building mounds, which in turn promotes CO2 emission due to increase area of the sediment-air interface (Penha-Lopes et al., 2010; Ouyang et al., 2017). In this process, they turn-over the sediment from belowground to the surface, thereafter the sediments are eroded by tides contributing to carbon and nitrogen cycling (Wang et al., 2010). Nutrient redistribution occurs alongside sediment redistribution. Due to the large populations and wide spatial distribution of crabs in estuarine wetlands, the regulation of crab burrowing activities on nutrient cycling processes in estuarine wetlands cannot be ignored (Martinetto et al., 2011). However, the contributions of burrowing crabs to sediment and nutrient turnover in coastal ecosystems are unclear. This has created a gap in the understanding of the links between the micro behavior of small animals and the macroscopic ecological processes of ecosystems (Ren et al., 2022).

Knowledge of crab digging behavior and their burrow morphology is key to accurately calculating crab excavation volume (Bang and Lee, 2019). The daily excavation volume of crabs and burrow morphological parameters, such as maximum length and crab burrow volume, are vital for estimating their ability to turnover sediments. The burrow structures of different crab species vary greatly, even between those built by the same crab species but in different locations in estuarine wetlands. Previous studies have shown that many crab species have burrowing ability (Botto and Iribarne, 1999; Canepuccia et al., 2008; Alberti et al., 2015; de Oliveira et al., 2016). Burrows are essential for intertidal mud crabs for a number of reasons; enabling the avoidance of stressful conditions and protection from temperature extremes (Saher and Qureshi, 2011); protection from aerial and terrestrial predation (Wang et al., 2014); and provision of a molting and mating space (Christy, 1987; McLain et al., 2003). To date, a variety of burrow shapes have been reported, including J-, U-, V-, and Y-shaped burrows (Lim, 2003; Lim et al., 2011; Saher and Qureshi, 2011; Sen and Homechaudhuri, 2018). With the development of methods for detecting the underground structure of crab burrows, more accurate burrow morphology data can be used to estimate crab excavation and bioturbation.

Several crab burrow morphologies have been studied for the species of Uca annulipes (Lim, 2003; Saher and Qureshi, 2011), Sesarma dehaani (Wang et al., 2015), Uca rosea (Sen and Homechaudhuri, 2018), Uca chlorophthalmus, Uca sindensis (Saher and Qureshi, 2011), Uca uruguayensis, Uca leptodactylus (Machado et al., 2013), Uca arcuata (Wang et al., 2015), Uca triangularis (Sen and Homechaudhuri, 2018), and Uca vocans (Lim, 2006). These were revealed using the melted paraffin method (Machado et al., 2013), plaster of Paris (Saher and Qureshi, 2011), fast bonding foam (Ribeiro et al., 2005), and unsaturated polyester resin (Stieglitz et al., 2000; Thongtham and Kristensen, 2003; Katrak et al., 2008), among others. Burrow morphology has commonly been described using burrow diameter, total burrow depth (TBD), total curve burrow length (CBL), and total burrow volume (BV) (Lim, 2003; Saher and Qureshi, 2011; Machado et al., 2013). Previous studies have shown that salinity (Bianchini et al., 2008), soil water content (Reinsel and Rittschof, 1995; Leoville et al., 2021), temperature, and sediment properties (Spivak et al., 1994) affected crab burrow distribution. Elucidating the controlling environmental factors of crab burrow morphology is important for large-scale estimation of crab excavation, and is beneficial for assessing the impact of future environmental changes on crab bioturbation in estuarine wetlands. However, the main factors driving burrow morphology remain unknown.

Helice tientsinensis, a semi-terrestrial burrowing crab, prefers habitats that are soft, wet, and rich in food resources (He et al., 2015). It is known for its burrowing and herbivorous activities (He et al., 2017). In addition, H. tientsinensis shows a characteristic burrow building behavior, particularly chimney building in the vicinity of the burrow opening, known as a burrow mound. Crabs can directly excavate sediments, and their burrows can also trap sediments (Qiu et al., 2019). Whether burrows with and without mounds have different sediment trapping effects remains unclear, consequently, net sediment transported rates in the ecosystem are not known.

Helice tientsinensis is a common burrowing crab species and the dominant crab species in the salt marshes of the Yellow River Delta, China. However, little is known about its burrow morphology characteristics and what drives its burrow morphology. In addition, its contributions to the sediment turnover rate for maintaining ecosystem sustainability are unknown. Therefore, this study aimed to: 1) determine the prevalent shape of H. tientsinensis burrows across different salt marsh zones, 2) identify the main factors driving burrow morphology, and 3) estimate the contributions of its burrowing activities to sediment turnover rate across salt marsh zones in coastal ecosystems.



Materials and methods


Study area

Fieldwork was conducted in salt marshes (119°09’ E; 37°46’ N) of the Yellow River Delta, China. The local climate is warm temperate with irregularly semidiurnal tides (Li et al., 2016a). The lowest average tide, mean high water neap, mean high water spring tide, and highest average tide are -0.74, -0.07, 0.34, and 0.63 m, respectively. The subtidal, low tidal, mid tidal, high tidal, and supratidal zones are divided by these four tidal range lines (Xie et al., 2019).

The Yellow River Delta salt marshes are mainly dominated by Suaeda salsa, with interspersed zones of Salicornia europaea and Tamarix chinensis (Li et al., 2016b). The dominant crab species is H. tientsinensis (Grapsidae), which inhabits almost the entire intertidal salt marshes of the Yellow River Delta (He et al., 2012). To understand the crab burrow morphology across different salt marshes, six study sites were established in different zones of a salt marsh (Figure 1). Two sites were located in the mid intertidal zone (Site 1: 0.10 m, Site 4: 0.22 m), two were established in the high intertidal zone (Site 2: 0.52 m, Site 5: 0.58 m), and the other two were located in the supratidal zone (Site 3: 0.78 m, Site 6: 1.44 m). Site 1 and Site 4 were set up on a bare salt flat lacking vegetation, but adjacent to a Spartina alterniflora community. Site 2 and Site 5 were established in a short S. salsa community. Site 3 and Site 6 were located in a tall S. salsa community with neighboring T. chinensis.




Figure 1 | Map of the six study sites in the Yellow River Delta.





Crab density and size

Crab burrows, rather than crab number, have often been used to estimate their populations (Schlacher et al., 2016; Stelling-Wood et al., 2016). Adult H. tientsinensis live alone in a concentrated burrow; therefore, it’s reasonable to use their burrows to estimate their population (Xie et al., 2020). To determine the relationship between crab size and burrow diameter, 84 crab burrows were randomly marked across the whole intertidal salt marsh. These crabs were caught when they emerged through their burrow, and their carapace length and width were then measured. Their corresponding burrow diameter was also measured using a pair of digital Vernier calipers, and then the crabs were released. To determine the crab density among the six study sites across different salt marsh zones, six sampling plots (1 m × 1 m) were established at each site. The number of crab burrows (diameter > 10 mm) was counted instead of crab number when determining crab density.



Crab burrow morphology

Helice tientsinensis digs underground sediment to close its burrow at flood tide and opens it at ebb tide, resulting in the formation of a mound at the entrance of their burrow (Xie et al., 2020). Its burrows drain well and are always empty. The crab burrow can be divided into two parts: the aboveground mound and the underground cave. To understand the crab burrow aboveground morphology, the diameter, height, length, and width of crab mounds were measured at each site. To document the crab burrow belowground morphology, fast bonding foam was injected into open burrows (Ribeiro et al., 2005), the crab burrow belowground structures were then dug out 12 hours later. In total, 24 crab burrow belowground structures were obtained, four for each site. To compare the differences in burrow morphology, the burrow morphology nomenclature of H. tientsinensis (Figure 2) was analyzed according to previous studies (Lim, 2003; Heng and Lim, 2007).




Figure 2 | Burrow morphology nomenclature of H. tientsinensis. TBD, total burrow depth; BOD, burrow opening diameter; α, ground angle; CBL, curve burrow length; HL, horizontal length; β, mid angle; BND, burrow neck diameter; MCDE, middle chamber depth; BCDE, bottom chamber depth; BSLL, burrow’s straight-line length; BCD, bottom chamber diameter; NBO, number of burrow openings; NB, number of branches.





Water depth and sediment properties

When the crab burrow belowground morphology was dug out, it revealed that the crab burrows ended at the groundwater level in all marsh zones. Thus, four groundwater levels were measured at each site. To identify the differences in sediment properties at each site, sediment cores from the ground surface to groundwater level were examined at 10-cm intervals, with three replicates at each site. The profile distributions of pH, bulk density, sediment temperature, water content, sediment hardness, OM, total nitrogen (TN), total carbon (TC), and salinity at each soil depth of the six studied sites were determined. The sediment water content and bulk density were determined by weighing soil cores before and after oven-drying at 60°C for 3 days (He et al., 2012). Salinity and pH were measured by mixing one volume of dry soil and five volumes of deionized water, and after 3 hours of standstill, the salinity and pH of the supernatant were recorded (Pennings et al., 2003). Sediment hardness was measured using a soil penetrometer. Sediment temperature was recorded using an ordinary rectangular geothermometer. TN and TC were assessed using a continuous-flow analysis instrument (AA3, Europe). Sediment OM content was measured using the method of Walkley and Black (Bai et al., 2012).



Crab excavation amount

To estimate the total amount of sediment and nutrients excavated by the crabs at each site, the following formulae were used:

	

	

The sediment was divided into n layers. In the i layer, SRi is the sediment excavation (g/m2), Di is the crab burrow density (ind./m2), BVi is the burrow volume (cm3), BDi is the soil bulk density (g/cm3), NRi is the nutrient excavation amount (g/m2), and NCi is the nutrient content (%).



Sediment deposition amount and turnover rate

To determine the crab excavation rate, 24 crab burrows, four burrows at each site, were randomly selected and marked. For each burrow, all of the burrow mounds were removed on the first day, then the crab excavation sediment was collected on each day of the following 7 days. Sediment was dried at 60°C for 3 days and then weighed.

To estimate the amount of sediment deposited in crab burrows, six pairs of 3-cm diameter PVC pipes with and without crab burrow mounds were set at each salt marsh zone (Figure 3). The 3 cm diameter was based on the average burrow diameter measured. Two treatments were established because crab burrows with mounds may obstruct sediment deposited into burrows, while the crab burrows without mounds may trap more sediment. The crab burrow mimic was established on the first day, as above. Seven days later, the deposited sediment was collected, dried and weighed, and the daily sediment deposited amount was calculated. The TN, TC, and OM content of the sediment was determined. The net turnover rate is calculated as the difference between the crab excavation rate and sediment deposited rate.




Figure 3 | Crab burrow mimic with and without burrow mounds. A 3-cm diameter and 20-cm long PVC pipe was used to simulate crab burrow trapping sediments. The bottoms of the PVC pipes were closed by gauze.





Statistical analyses

The data normality of the crab burrow density, crab burrow morphology, water depth, crab excavation amount, and sediment deposition amount data were assessed by the Kolmogorov–Smirnov test (α = 0.05). Data sets were natural-log transformed when necessary to meet assumptions of normality and homogeneity of variance. Crab burrow density, crab burrow morphology, water depth crab excavation amount, and sediment deposition amount were compared among the six studied sites using one-way analysis of variance (ANOVA) with Tukey post hoc multiple tests. The relationship between crab size and burrow diameter was analyzed by liner regression. These analyses were carried out using SPSS v.22 (IBM Corp., Chicago, IL, USA). A principal component analysis (PCA) was used to correlate sediment properties with crab burrow morphology using Canoco v.5.0 software (Microcomputer Power, New York, USA).




Results


Crab burrow density and water depth along the elevation gradient

Crab burrow density varied significantly (F = 6.043, P< 0.001) among the different salt marsh zones (Figure 4). Crab burrow density was ~1.7 times higher in the supratidal marsh zone than in the high marsh zone, and crab burrow density was ~1.3 times higher in the middle marsh zone than in the high marsh zone. Water depth varied differently along the elevation gradient (F = 191.138, P< 0.001). The underground water level increased from low to high marsh zones (Figure 4).




Figure 4 | Crab burrow density and water depth across the three tidal salt marshes. Data are shown as means ± SE. Lowercase letters indicate significant differences among different water depth datasets and capital letters indicate significant differences among burrow density datasets, with a Tukey test.





Sediment properties

Soil pH, bulk density, soil temperature, water content, soil hardness, TN, TC, salinity, and OM varied at different soil depths among the six study sites (Figure 5). There were no obvious tendencies for variations in soil pH and bulk density with depth. The temperature of the soil surface was usually higher than that of the underground soil; the soil temperature decreased primarily and then increased with increasing depth. Water content increased with increasing depth. Soil was softer in deeper soil. TN, OM, and TC were lower in deeper soil.




Figure 5 | Profile distributions of pH (A), bulk density (B), soil temperature (C), water content (D), soil hardness (E), total nitrogen (F), total carbon (G), salinity (H), and organic matter (I) at each site of the Yellow River Delta.





Crab burrow morphology

Crab burrow aboveground mound morphology differed among the six study sites (Figure 6). The mound opening diameter was larger in the supratidal marsh (F = 3.280, P< 0.05), but the height (F = 3.477, P< 0.05), length (F = 4.919, P< 0.01) and width (F = 6.610, P< 0.001) of mounds in the high marsh were the largest. Regarding the underground morphology of crab burrows, the common burrow shapes of H. tientsinensis were J- and Y-shaped. Among all analyzed H. tientsinensis burrow morphology nomenclature, TBD, CBL, bottom chamber depth (BCDE), burrow straight line length (BSLL), BV, and per opening volume (POV) were significantly different among the six study sites (Tables 1A, B).




Figure 6 | Morphological characteristics: (A) diameter, (B) height, (C) length, and (D) width of crab burrow aboveground mounds at each site. Data are shown as means ± SE. Letters indicate significant differences with a Tukey test.




Table 1A. | Burrow morphology nomenclature of Helice tientsinensis at each site. Table 1B. Burrow morphology nomenclature of Helice tientsinensis at each site.




Table 1B. | Burrow morphology nomenclature of Helice tientsinensis at each site.





Main drivers of burrow morphology

Mound diameter was directly dependent on crab size; larger crabs (large carapace length and width) produced a larger burrow mound diameter (Figure 7). PCA was performed on burrow morphology datasets (black arrow in Figure 8), and the sediment properties involved buck density, salinity, water content, hardness, and water depth (red arrow in Figure 8). The eigenvalues of the first two PCA axes were 0.310 and 0.209, while axes 1 and 2 explained 51.97% of the data. For estimating crab excavation, the TBD, BV, and CBL were the key indicators (purple arrow in Figure 8). Water depth was strongly and positively correlated with TBD, CBL, BV and BSLL. Soil hardness was strongly and negatively correlated with TBD and CBL. Soil bulk density was strongly and negatively correlated with TBD.




Figure 7 | Relationship between Helice tientsinensis size (A): carapace length and (B): carapace width) and burrow diameter.






Figure 8 | Relationships between abiotic factors and crab burrow morphological characteristics using PCA. Codes for morphological characteristics are shown in Table 1. Abiotic factors are represented by red arrows. The morphological characteristics are represented by black arrows. The key morphology indicators for estimating crab excavation are represented by purple arrows. The region surrounded by colorful lines indicate a cluster of sampling sites into the three salt marsh zones.





Sediment excavation and turnover rate

Sediment and nutrient excavations were estimating from BV and stratified morphological characteristics. The amounts of sediment TN, TC, and OM in excavated soil differed among the three salt marsh zones (Figure 9). The TN and TC of excavated sediment were the highest in the supratidal marsh (sediment: F = 7.178, P< 0.001; TN: F = 11.060, P< 0.001; TC: F = 7.852, P< 0.001). The OM excavated in the middle marsh was higher than in the other two marsh zones (F = 21.161, P< 0.01).




Figure 9 | Contributions of the ecosystem engineers, (H) tientsinensis, to sediment (A), TN (B), TC (C), and OM (D) excavation among the three marsh zones in the Yellow River Delta. Data are shown as means ± SE. Letters indicate significant differences with a Tukey test.



There was no significant difference in the daily excavated sediment rate among the three salt marsh zones. In middle and high marsh zones, the amount of sediment deposited into the PVC pipes did not differ between the burrow mimics with and without crab burrow mounds. However, in the supratidal marsh zone, the amount of sediment deposited into the PVC pipes was greater in mimic burrows with a burrow mound than in mimic burrows without a burrow mound (F = 11.92, P< 0.01). In all three salt marsh zones, daily crab excavated sediment amounts (~32.59 g·d-1·m-2) were considerably larger than daily deposited sediment amounts (~0.57 g·d-1·m-2 PVC pipe with crab burrow or 0.34 g·d-1·m-2 PVC pipe without crab burrow). TN, TC, and OM showed similar trends. Thus, sediment and nutrient net transported amounts were mainly from the belowground soil to the soil surface (Figure 10).




Figure 10 | Estimated effects of crab excavation on sediment (A), TN (B), TC (C), and OM (D) daily turnover rates among the different marsh zones. Data are shown as means ± SE. Letters indicate significant differences with a Tukey test.






Discussion

Semi-terrestrial crabs affect the distribution, quality, and composition of sediment through their burrowing activities (Qiu et al., 2019; Ren et al., 2022), consequently affecting the structure and dynamics of other biotic communities. Physical, chemical, and biological processes disturbed by animals are known as the “bioturbation” (Xie et al., 2020). Burrowing crabs are considered key ecosystem engineers in coastal ecosystems. Crab bioturbation activity in coastal ecosystems can be examined through the analysis of burrow morphology and local sediment properties.


Relationship between crab size and burrow diameter

Several previous studies have shown that crab burrow diameter was positively correlated with crab carapace size (Lourenco et al., 2008; de Oliveira et al., 2016), consistent with the present findings. Different crab species have different coefficients of crab burrow diameter and crab carapace width (Saher and Qureshi, 2011; Sen and Homechaudhuri, 2018), which indicates species-specific characteristics. Burrowing crabs create a larger burrow diameter than their carapace width, allowing them to move in and out of the burrow comfortably, and providing them a fast escape route when under threat.



Burrow morphology characteristics and their main drivers

Burrow morphology characteristics not only indicate crab species-specific behavior and preferences, but also indicate local environmental conditions. Burrows have numerous functions and are essential throughout the entire crab life cycle. Crabs start digging burrows from a very young age (Saher and Qureshi, 2011). Burrows can protect them from excessive wave action and enable them to avoid extreme temperatures, as well as provide a refuge against predators during rest and egg incubation (Sen and Homechaudhuri, 2018). The present results showed that burrows of H. tientsinensis in all six study sites were simple, commonly with one or two branches, and ending in a single large bottom chamber. Crab burrows always reach the water table to maintain inside moisture during the whole tidal cycle (Iribarne et al., 1997).

Burrow morphology complexity also has important functions. For example, all burrows have a large bottom chamber, which provides a resting room for their entire life and a safe place for mating. Each burrow usually has a ground angle at the burrow entrance, the burrow neck diameter is usually smaller than the burrow opening diameter, and at ~15 cm depth there is a middle chamber, all of which provide a means of a fast escape from threats.

The present results showed that crab size, water depth, and bulk density are related to burrow diameter, TBD, CBL, BSLL, and BV. The CBL and mid angle indicate the difficulty of burrow construction. Previous studies have shown that plant characteristics affect burrow morphology (Ringold, 1979; Wang et al., 2015), and the number of burrow openings, and branches can be influenced by plant roots. However, in the present study, the influence of plant roots was not considered because the study areas were covered by patches of the annual plant species S. salsa, which commonly has short roots (less than 15 cm).



Crab excavation and sediment turnover

Crab burrowing activities include building new burrows, maintaining or reconstructing burrows through pushing mud out of the burrow and retreating back into burrow, opening the burrow entrance by pushing aside the mud at the entrance, and closing the burrow entrance with mud from inside the burrow (Nordhaus et al., 2009). Thus, burrows receiving crab maintenance and reconstruction will not trap much sediment, as simulated in the present study. The burrow mimic can be used to simulate abandoned burrows, for example when the burrows owner has been preyed on by water birds or other large predators. The amount of adult crab excavation through their burrow cast can be estimated, but it is not clear how long it takes an adult crab to complete their burrow construction. Many previous studies have examined crab burrow morphology (Lim, 2003; Saher and Qureshi, 2011; Machado et al., 2013), but few have estimated the amount of crab excavation. Wang et al. (2010) estimated the amount of crab excavation through 5-days of sediment collection, while in the present study, daily crab excavation and deposited amounts were estimated, in addition to the total amount of adult crab excavation through their burrow cast and local sediment bulk density.

Because crab burrowing activities not only include the burrow construction period, but also the burrow maintenance period (Nordhaus et al., 2009), the 7-day sediment collection period in the present study could not reflect the crab excavation rate accurately. However, the field survey was conducted in spring, which is probably the right time period for new burrow building. To improve the accuracy of crab excavation amount estimation, further studies are needed.

The present results also showed that sediment excavation by crabs was ~50 times greater than that of sediment deposition within crab burrow mimics, similar to previous studies (Gutierrez et al., 2006; Wang et al., 2010). Meanwhile, crab burrowing activities promote underground sediment and nutrient cycling vertically, and enhance the sediment and nutrient transfer on the soil surface horizontally (Wang et al., 2010; Alberti et al., 2015). However, there are some biases in the estimation of nutrient turnover rate based on the survey for sediment cores in this study, because excavated sediments are exposed to the air and the nutrients are easily mineralised under aerated conditions compared with nutrients in sediments.

In summary, crab burrowing activities are known to increase sediment-water exchange, promote substrate drainage and oxidation, accelerate plant debris decomposition, and enhance the growth of substrate micro-organisms (Lim, 2003). Crabs can directly and indirectly influence many ecological processes through their bioturbation and herbivory (Alberti et al., 2015). Although it is currently unclear how long it takes an adult crab to build a complete burrow, the present results still highlighted the important functions of crabs in sediment and nutrient cycling. Thus, this study has begun to fill the knowledge gap in understanding the contributions of crabs to sediment and nutrient turnover, and will facilitate managers in understanding the roles of crabs in coastal ecosystems, especially for salt marsh protection and restoration.
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Metal distribution in different wetlands under the complex influence of natural and anthropogenic activities in the Liaohe Delta was analyzed to better protect and manage delta areas. Ninety-six soil samples were collected from six wetland types, and the levels, depth distributions, risk, and influencing factors of metals (i.e., As, Cd, Cr, Ni, Cu, Pb, Zn, Mn, Al, and Fe) were analyzed. The results showed that the concentrations of As, Cd, Cr, Ni, Zn, and Al in more than 70% of the soil samples were higher than the background value of Liaoning Province. The concentration of As decreased with distance from the estuary, while that of Cr was higher downstream of Liaohe. The spatial distributions of Cd, Ni, Cu, Pb, and Zn were similar. The concentrations of most metals in the topsoil were higher than those in the subsoil. According to the Nemerow pollution index, higher pollution was observed in the area far away from the Liaohe River and Bohai Sea for the topsoil layer, while for the subsoil layers, higher pollution was observed in the area near the Liaohe estuary. The correlation analysis showed that the wetland type was clearly correlated with Cd, Cu, Al, and S. The concentrations of Cd, Pb, Zn, C, N, P, and S and the electrical conductivity obviously decreased with soil depth, while the concentration of Mn was positively correlated with soil depth. Mn was negatively correlated with total organic carbon (TOC), total nitrogen (TN), and total phosphorus (TP), whereas Cd, Pb, and Zn showed positive correlation with TOC, TN, and total sulfur (TS). The general linear model indicated that wetland type had a significant effect on As, Cd, Ni, Cu, Pb, Zn, Al, and Fe (p< 0.01), while depth had a significant effect on Cd, Cr, and Pb (p< 0.01). The findings of this work will contribute to pollution control and ecosystem health conservation of the Liaohe Delta.




Keywords: metal, wetland type, depth distribution, risk assessment, Liaohe Delta



Introduction

With rapid industrialization and intensified anthropogenic activities, high metal concentrations have frequently been detected in the delta area (Mandour et al., 2021; Yu et al., 2022), a fluvial plain formed by deposited sediment originating from the river. For example, the soil in the Nile Delta is polluted by vanadium (V), chromium (Cr), nickel (Ni), cobalt (Co), and cadmium (Cd), with a temporal increase in 1995–2015 (Mandour et al., 2021). Yin et al. (2021) found that the concentrations of lead (Pb), Cd, mercury (Hg), and arsenic (As) in the Pearl River Delta were at a high level. Zhao et al. (2019) analyzed 217 surface sediment samples collected across 14 typical delta areas in China and illustrated that the concentrations of Cd, Cr, copper (Cu), Pb, and zinc (Zn) ranged from 0 to 0.51, from 0.82 to 146.77, from 0.25 to 133.23, from 1.02 to 176.42, and from 1.92 to 208.12 mg/kg, respectively. Among the 14 typical delta areas, 11 were exposed to moderate ecological risk in the soil with potential adverse biotic effects. Metals are hazardous to humans and ecosystems due to their toxicity, persistence, and transitivity (Xu et al., 2020). Metals in delta areas threaten the ecological environment of both the ocean and land because delta is the result of the interaction of ocean and land (Mandour et al., 2021). Therefore, investigating the spatial distribution of metals and identifying their influencing factors are imperative to the ecological environment of delta areas.

The spatial distribution of metals generally has obvious spatial heterogeneity in estuary delta areas (Delavar and Safari, 2016), which could help define high-risk areas and to explore the influencing factors of metals (Wu et al., 2020; Zeng et al., 2022). Yu et al. (2022) explored the spatial distribution of metals in 106 surface soil samples from the Yellow River Delta and clarified that pH and salinity are important influencing factors. Three hotspots of metal accumulation in the top 20 cm soil were observed in the spatial distributions of heavy metals in the Yellow River Delta, and the trend in 40–50 cm soil was in accordance with the variations in hydrological conditions (Zhao et al., 2021). Nguyen et al. (2022) drew a spatial distribution map of the presence of As in the Red River Delta. This spatial distribution figure showed that the coastal area appeared as a hotpot of As, with saltwater intrusion as the main influencing factor.

The concentrations and spatial contribution of metals in delta soils are influenced by various factors, including soil properties, wetland types, hydrological condition, and anthropogenic activities, among others (Zhong et al., 2020; Xu et al., 2021; Mei et al., 2022). For example, a high correlation between total organic carbon (TOC) and metals was observed in soil given that TOC acts as the main contributor to exchanged or dissolved metals in the sediment (Zhang et al., 2022). Moreover, an increase in salinity has been shown to be associated with a declining trend of As and other metal concentrations (Bai et al., 2019). Li et al. (2016) reported that the presence of wetland plants increased the redox potential and redistributed metals in the rhizosphere, with variations observed across different plants. In the delta area, wetland types are mainly determined by hydrological conditions such as tidal inundation, precipitation runoff, groundwater flow, evapotranspiration, artificial inflow, and drainage (White and Madsen, 2016). For example, Suaeda salsa wetland and mudflat were mainly influenced by tidal inundation. Thus, the hydrological conditions have a powerful effect on the concentrations and distributions of metals.

The Liaohe Delta is the second largest permanent Phragmites australis in the world (Yan et al., 2018). Owing to different hydrological conditions and human activities, various wetland types have formed in the Liaohe Delta, with different marshes including P. australis, S. salsa, mudflat, paddy field, etc. Additionally, the third largest oilfield in China, the Liao River oilfield, is located in the delta. Tian et al. (2017) clarified that multiple human activities occupied large areas of various wetlands. The total area of coastal wetlands in the Liaohe Delta has decreased by 14.8% in 1986–2018, with 45.7% of mudflats eroded (Cong, 2021). Approximately 22.1% of S. salsa marshes decreased in 2012–2018, while P. australis marsh areas increased (Cong, 2021).

Knowledge of the metal distribution and influencing factors directly affects how delta areas are protected and managed (Wang et al., 2022). However, only a few studies have focused on metal distributions in different wetlands under the complex influences of natural and anthropogenic activities in the Liaohe Delta. The effect and the extent of wetland type, depth, electrical conductivity (EC), and nutrient elements on the metal concentration in soil also require extensive investigation. Therefore, in this study, six types of wetlands were selected to study the characteristics and influencing factors of metal distribution. Our aims were: 1) to clarify the spatial distribution of metals; 2) to reveal the correlations among metals, wetland types, and soil properties; and 3) to assess the metal pollution at different soil depths.



Materials and methods


Soil sampling and determination

The Liaohe Delta, adjacent to the Bohai Sea, is located in Liaoning Province, northeastern China. The Liaohe Delta has a warm, semi-humid continental climate with four distinct seasons. The temperature ranges from −20.4°C to 36.4°C, with an annual temperature of 8.3°C. The annual precipitation is 611.6 mm, and annual evaporation is 1,705 mm. The water supply mainly comes from precipitation, runoff, and periodic tide. The preponderant vegetation in the Liaohe Delta are P. australis and S. salsa. Saline–alkaline soil areas account for the majority of the soil in the Liaohe Delta.

The following six types of wetlands were selected as the sampling sites: natural P. australis marsh (NP, n = 6); P. australis marsh in oilfield (PO, n = 6); degraded P. australis marsh, where water was drained and P. australis grew poorly (DP, n = 5); S. salsa marsh (SS, n = 2); mudflat (MF, n = 3); and rice paddy (RP, n = 2) (Figure 1). In April 2018, soil cores were randomly collected at depths of 0–40 cm and broke four soil layers at 10-cm intervals at each site. Subsequently, all soil samples were sealed in polyethylene bags and brought to the laboratory. The soil samples were air dried at room temperature and sieved through a 2-mm sieve to remove extraneous matter, such as leaves and large stones. The dried soil was then ground into particles with diameters of<200 μm and stored at 4°C before analysis.




Figure 1 | Sampling sites in the Liaohe Delta.



Soil EC was measured in the supernatant of 1:5 (w/v) soil–water mixtures using a pH meter (PHBJ-260, INESA, Shanghai, China). TOC was detected using a dichromate oxidation–colorimetric method (Zhao et al., 2020). The Kjeldahl nitrogen method was used to determine the total nitrogen (TN). Soil was digested with perchloric acid–sulfuric acid, and then total phosphorus (TP) was detected using a segmented flow analyzer (SFA, AMS Alliance, France).

The soil samples were digested using a mixture of hydrofluoric–nitric–perchloric acid according to the national standard method for China (GB, 1995). The concentrations of manganese (Mn), aluminum (Al), iron (Fe), and total sulfur (TS) in the digestion solution were determined with inductively coupled plasma atomic emission spectroscopy (ICP-AES; ICPS-7500, Agilent Technologies, Tokyo, Japan). The concentrations of As, Cd, Cr, Ni, Cu, Pb, and Zn were determined with inductively coupled plasma mass spectrometry (ICP-MS; NexION 350D, Perkin-Elmer, Shelton, CT, America). Duplicate samples were measured for data quality assurance. The recovery rate was obtained by adding geochemical reference materials (e.g., GSS23), one every 10 samples, and was calculated as the ratio of the determined value and the reference value of the reference material. The recovery rate was within the permissible range.



Pollution index calculation

The Nemerow pollution index (NPI) was employed to assess the degree of metal pollution in soil, which was calculated using Eq. (1) and Eq. (2) for each sampling site (Yang et al., 2011; Kowalska et al., 2016).

	(1)

	(2)

where Px is the single pollution index of metal x; Cx is the concentration of metal x; Sx is the background value of the study area, which refers to the background value of Liaoning Province (BL; China National Environmental Monitoring Center, 1990); Px,max is the maximum pollution index of metal x; and Px,mean is the average pollution index of metal x. Five contamination categories were recognized according to the value of the NPI: non-pollution (NIPI ≤ 0.7), warning line of pollution (0.7< NIPI ≤ 1), low-level pollution (1< NIPI ≤ 2), moderate-level pollution (2< NIPI ≤ 3), and high-level pollution (NIPI > 3) (Memoli et al., 2019).



Data analysis

Descriptive statistical analyses were performed using Microsoft Excel 2010, IBM SPSS Statistics 22, and Origin 2017. ArcGIS 10.0 (Esri, Redlands, CA, USA) was used for spatial calculations and for drawing maps. Interpolated figures were graphed based on the kriging method through ArcGIS 10.0. Correlation analysis was performed to evaluate the degree of correlation between metals, nutrient elements, and wetland types. Considering that the wetland type is a non-numerical variable, Spearman’s correlation analysis was chosen for this study. The freely available “R” statistical software package (R Core Team; https://www.r-project.org/) was employed to conduct correlation analysis.

To display the degree of differences in the spatial distribution of metals, the coefficient of variability (CV) was introduced to analyze the dispersion degree of the data. Normally, if the CV is higher than 0.3, the spatial distribution of the metals is considered to be very different. The general linear model (GLM) was used to determine the main effect of wetland type and depth and the interactive effect on the concentrations of metals and nutrients.




Results


Contents of metals and nutrients in the Liaohe Delta wetland soils

The concentrations of metals showed a large range from 0.04 mg/kg (Cd in site G, DP) to 1,529 mg/kg (Mn in site W, RP) owing to the various levels of enrichment in the natural environment and the different emission intensities from human activities (Table 1). With the exception of Cu, the mean concentrations of the metals were higher than the BL (China National Environmental Monitoring Center, 1990). The concentrations of As, Cd, Cr, Ni, Zn, and Al in more than 70% of the soil samples were higher than the BL, indicating that anthropogenic activities had a direct effect on their concentrations.


Table 1 | Summary of the element contents and electrical conductivity (EC) in Liaohe Delta.



The concentration ranges of TOC, TN, TP, and TS were 1.61–167.83, 0.16–4.45, 0.02–0.09, and 0.38–6.15 g/kg, respectively. The EC values ranged from 111.60 to 5,512.00 μs/cm, with a mean value of 1,510.04 μs/cm.

In this study, the CVs for Cd, Cr, Zn, and Mn were 0.76, 0.34, 0.41, 0.31, respectively, which showed obvious discrepancies for the different sites. Compared to metals, nutrient elements showed greater differences within sites, with higher CVs of 1.22 (TOC), 1.00 (TN), 0.95 (TS), and 0.26 (TP).



Spatial distribution of metals in wetland soils

As shown in Figure 2 (interpolated figures), the concentration of As decreased with distance from the estuary; that is, the shorter the distance from the estuary, the higher the As concentration. These results demonstrated a relationship between As and the intrusion of seawater. Higher Cr mainly occurred downstream of Liaohe. The spatial distributions of Cd, Ni, Cu, Pb, and Zn were similar, with lower concentrations in the soil along Liaohe. The concentration of Zn at site W (rice paddy) was higher than those in other areas. The spatial distribution trend of Mn, Al, and Fe was consistent, indicating common sources and influencing factors. The higher concentrations mainly occurred in the north and south parts of the study area.




Figure 2 | Spatial distribution of metals in the surface soil of Liaohe Delta.





Profile distributions of metals in wetland soils

The mean concentrations of the metals were significantly different with soil depth in the wetlands (Figure 3). Higher As concentrations occurred in the SS and MF, while lower concentrations occurred in RP. Significant differences were also observed between the topsoil (0–10 cm) and subsoil (20–40 cm) layers for Cd in the NP, PO, and DP. For the RP, the concentrations of Cd were higher in the 0-30 cm layers (0.29, 0.31, and 0.45 mg/kg) than those in the 30-40 cm layer (0.11 mg/kg). However, the values for Cd were lower in the topsoil in the MF compared with those in the other soil layers. The mean concentration of Cr was higher in 0–10 and 20–30 cm soil and was lower in 10–20 and 30–40 cm soil in the SS, MF, and RP. The mean concentration of Cr in the NP increased with depth. In the 0–30 cm soil, the concentration of Cr increased with depth for PO and DP. The mean concentration of Cu was highest in the RP (21.02, 20.87, 21.38, and 21.13 mg/kg for 0–40 cm, all greater than the BL) in the study area, followed by the PO, NP, DP, MF, and SS. The distribution of Ni in the six wetland types was consistent with that of Cu. The mean concentrations of Pb and Zn in the topsoil of the NP, PO, and DP were higher than those in the subsoil. However, for the RP, Zn was much higher in 0–30 cm soil, suggesting an influence of agricultural activity. Mn was lower in the topsoil in the NP, PO, DP, which confirmed that it was easily lost with water (Huang et al., 2017). As shown in Figure 3, there were significant distinctions between the six wetland types for Al and Fe. Higher levels of Al and Fe occurred in the NP, PO, and RP.




Figure 3 | Metal distributions in different depths under the six wetland types for Liaohe Delta. Bars indicate the standard deviation.





Ecological risk of metals in the Liaohe Delta wetlands

The NPI values of approximately 96% of the samples were higher than 1, indicating metal pollution in the Liaohe Delta wetland soils (Figure 4). For 0–10 cm soil, the NPI values for all samples were higher than 1, indicating that metal pollution existed in the study area. Ten sites (approximately 42% of all sites) had an NPI >3, and seven sites had moderate-level pollution (2< NIPI ≤ 3). The highest NPI value was determined at site G, with an NPI of 5.20, showing the highest pollution level. In 10–20 cm samples, the NPI values of 96% of the sites were higher than 1, showing different metal pollution levels. The highest NPI value was calculated at site P, with an NPI of 3.78, showing the highest pollution level in 10–20 cm soil. The NPI values of all 20–30 cm samples were higher than 1. Additionally, 21 sites (approximately 88% of all sites) had an NPI >1 in 30–40 cm samples. It was notable that the NPI values of site P for all four depths were all higher than 3, showing a high level of metal pollution. Generally, the distribution of the NPI values showed obvious differences among the soil layers, with the higher values in the areas further away from the Liaohe River and Bohai Sea for the topsoil layer and higher values in the areas near the Liaohe estuary for the subsoil layers.




Figure 4 | Nemerow pollution index for the Liaohe Delta under different depths.





Relationship between metals and soil properties

According to the correlation analysis (Figure 5), there was a clear relationship between wetland type and Cd, Cu, Al, and S. The values of Cd, Pb, Zn, C, N, P, S, and EC decreased with soil depth. The concentration of Mn was positively correlated with soil depth (p< 0.01), and those of Cr, Ni, Cu, Pb, Zn, Mn, Al, and Fe were significantly positively correlated with each other. The concentration of As was positively correlated with Mn and EC, but was negatively correlated with TP. Mn was negatively correlated with TOC, TN, and TP, while Cd, Pb, and Zn were positively correlated with TOC, TN, and TS. EC demonstrated a positive correlation with As and Cd and a significant negative correlation with Cr, Ni, Cu, Al, and Fe (p< 0.01). Additionally, TOC, TN, TP, and TS were closely linked to each other.




Figure 5 | Spearman’s correlation analysis between metals and soil characteristics. WT, wetland type; D, depth. Red denotes a positive interaction and blue represents negative interaction. Lighter color indicates weaker correlation. *Correlation is significant at the 0.05 level (two-tailed). **Correlation is significant at the 0.01 level (two-tailed).



The GLM was further applied to examine the effects of wetland type and depth on the metal concentration. The results are shown in Table 2. Wetland type had a significant effect on As, Cd, Ni, Cu, Pb, Zn, Al, and Fe (p< 0.01), while depth had a significant effect on Cd, Cr, and Pb (p< 0.01). A significant influence (p< 0.01) was also found between Cd and the interaction effect of wetland type and depth.


Table 2 | Difference test results of the general linear model (GLM).






Discussion


Effect of wetland type on the concentrations of metals in soil

Wetland type exerted a profound influence on the metal concentration mainly due to their unique condition of hydrological conditions, soil properties, plant growth, and human activity, among others. In this study, the concentration of As was higher in the SS and MF, where the EC and the salinity were high. Bai et al. (2016) observed that the concentrations of As increased with increasing distance from the river bank, with higher As concentrations observed in salt marshes in the Yellow River Delta. A significantly positive correlation was observed between As and EC, Na+, K+, Cl−, and   in the Yellow River Estuary (Zhao et al., 2021). One possible explanation for this was that the seawater affected by tide provided a constant source of As and sulfur (S) for the soil in the SS and MF. The abundance of S from seawater can actually lead to As immobilization through the precipitation of As–S phases (thiolation) or the adsorption of As onto the FeS surface of Fe minerals (e.g., pyrite) in soil (Yan et al., 2022). Furthermore, the concentration of As was shown to be lower in the RP and the P. australis wetland, largely due to the lower salinity being able to enhance the plant uptake of metals in freshwater wetlands (Fritioff et al., 2005; Bai et al., 2016). As shown by Nguyen et al. (2022), rice is an As-accumulating plant species that can inadvertently assimilate As when it takes up phosphorus and silicon. In contrast to other food crops, the uptake of As in rice has been found to be substantially higher because of the prevalence of highly mobile and toxic arsenite [As(III)] under paddy soil conditions (Hussain et al., 2021).

The mean concentration of Zn in the RP ranged from 155.75 to 165.33 mg/kg for the 0-30 cm soil layers, which was more than twice that of the BL of Zn in Liaoning Province (China National Environmental Monitoring Center, 1990). These concentrations were higher than the hazardous concentrations affecting 5% of the species in alkaline calcareous soils (155 mg/kg) and lower than that for alkaline soils in China (217 mg/kg) (Zhao et al., 2022). Agricultural activities may be the main reason for the accumulation of Zn (Karstens et al., 2016). Zinc deficiency in rice would cause a range of symptoms including leaf bronzing, stunted growth, reduced yield, and, often, high mortality (Weiss et al., 2021), which has been a limiting factor for rice production on millions of hectares of arable land (Pilbeam, 2015). During the rice growing process, Zn fertilizer is commonly applied to generate a higher yield, especially in saline–alkali areas (Impa et al., 2013). Ali et al. (2014) conducted field experiments by adding Zn at different levels (0, 8, 10, 12, and 14 kg/ha) and clarified that 14  Zn/ha−1 produced the maximum rice yield. However, most of the Zn applied as fertilizer was adsorbed in soil and only a small proportion was recovered by rice crops during the growth period due to the high clay concentrations and high pH in alkaline soils (Ali et al., 2014). Additionally, Cu and Ni are essential for rice growth, but can be toxic to rice at high concentrations (Karstens et al., 2016). Agricultural production and fertilizer were identified as the major causes of the highest Cu and Ni concentrations occurring in the RP.

Under the RP, NP, and PO, the concentrations of Al and Fe were much higher than those in other wetlands. Previous studies have shown that the roots of P. australis and paddy would transfer oxygen via aerenchyma for root respiration in anaerobic soils. The loss of oxygen in roots could stimulate Fe(II) oxidization and the deposition of a reddish Fe plaque that coats the root surface (Khan et al., 2016). Fe plaques can inhibit the Al absorbed by plants (Chen et al., 2006), which could explain why the concentrations of Al and Fe were much higher in the RP, NP, and PO.

The concentrations of Ni, Cu, Pb, and Zn were lower in the SS of this study. This is likely because S. salsa could enrich metals and was suitable for the phytoremediation of Ni, Cu, and Pb (Song and Sun, 2014).



Effect of depth on the metal concentration in soil

The metals showed different tendencies with soil depth. Generally, the metal concentrations in the topsoil are higher than those in the subsoil (Bai et al., 2019). As shown by the NPI values, the risk from topsoil was much higher than that from subsoil. Moreover, the concentrations of Cd, Pb, and Zn decreased with buried depth in this study area, according to the results of the correlation analysis. As discussed by Liu et al. (2022), the concentrations of Cd and Pb decreased with depth. Additionally, Pb easily migrates into the deep soil (Liu et al., 2022). Consistently, the horizon distribution trend of metals can be used to reveal their sources. A high metal concentration in the topsoil indicates that there exist new metal inputs, such as atmospheric deposition and agricultural activities (Zhang et al., 2012; Wu et al., 2022). However, the concentration of Mn was negatively correlated with depth in the Liaohe Delta. Additionally, there were obvious discrepancies among the four depths for Cd (p< 0.01), Cr (p< 0.01), Pb (p< 0.01), and Zn (p< 0.05).

As mentioned above, the EC, TOC, TN, TP, and TS were significantly negatively correlated with depth, in that the EC and nutrient elements decreased with increasing depth. In line with this, soil properties, such as EC and nutrient element, play a crucial role in the distribution of metals (Bai et al., 2019; Xu et al., 2021). Indeed, Liu et al. (2022) reported that the concentrations of As, Cr, and Hg increased with increasing soil depth, whereas those of Cd, Cu, and Pb decreased with increasing depth.



Effect of EC and nutrient elements

Previous studies have provided proof that EC is significantly correlated with metals in both soils (Zhong et al., 2020) and plant tissues (Yuan et al., 2021). Higher EC values usually accompany a higher ionic strength and a higher metal release capacity (Friedman, 2005). In the estuary region, the metals were easily desorbed from the soil to the water due to the higher EC, which may explain why Cr, Ni, Cu, Al, and Fe were significantly negatively correlated with EC in this study. Bai et al. (2019) reported higher metal levels observed at sites with lower EC values, whereas lower metal levels were observed at sites with higher EC values. The positive correlation of As and Cd with EC might have resulted from these two metals being easily deposited in the soil as sulfide (Du Laing et al., 2008; Yan et al., 2022). Moreover, Bai et al. (2016) reported that, in the Yellow River Delta, As and Cr were significantly positively correlated with soil salinity, which was proportional to EC.

Nutrient elements, mainly TOC, TN, TP, and TS, play a dominant role in the metal concentration in soil (Xu et al., 2021) and represent important factors for the mobility and the binding of metals (Sundaramanickam et al., 2016). Du Laing et al. (2008) reported that metals accumulate according to the soil element characteristics in intertidal marshes, while Xu et al. (2021) elucidated that low soil nutrient elements result in the lowest soil metal concentration. In this research, the concentrations of TOC, TN, TP, and TS were significantly and positively correlated with each other in the Liaohe Delta, except for TP and TS, demonstrating that the nutrient element in this study exhibited consistency in either source or characteristics.

In this study, TOC and TN were positively correlated with Cd, Pb, and Zn, which is in agreement with the results of previous studies (Liu et al., 2016; Islam et al., 2022; Mei et al., 2022). This could be explained by the fact that TOC, which is associated with wetland plants, may decrease the mobility of metals through exchange, chelation, and complexation (María-Cervantes et al., 2010). Under the influence of TN, the adsorption of TOC onto metals would be enhanced, but its desorption from metals would be reduced (Li, 2019). Generally, TN is composed of organic (proteins, amino acids, etc.) and inorganic (mainly  –N and  –N) nitrogen. On the one hand, organic nitrogen could transform metals from a dissolved fraction to an organically bound fraction, thus increasing metal accumulation in soils. On the other hand, inorganic nitrogen could improve the transfer of soil metals and reduce the sorption of metals by soil particles through increasing the metal solubility in soil (Xu et al., 2021), resulting in a lower accumulation of Mn in the Liaohe Delta.

No significant correlations were observed between TP and most of the metals in this study. In previous wetland studies, the close correlation between TP and metals was the result of the application of phosphate fertilizer in agricultural activities (Karstens et al., 2016). In the Liaohe Delta, the concentration of TP was highest in the RP. However, among the 24 sampling sites, only two were RPs. Considering the reduction in agricultural area and the external input of phosphorous, the correlation between TP and the metals in this study was weak.

In delta areas, S plays a vital role in the concentrations of metals (Du Laing et al., 2008; Nguyen et al., 2022). Metals easily settle as metal sulfide, especially with frequent flooding and drying (Yan et al., 2021). The abundance of S (TS, 0.38–6.15 g/kg) in the coastal area provided favorable conditions for metal accumulation in the soil, which explains the positive correlation between TS and Cd, Ni, Cu, Pb, and Zn in the Liaohe Delta.




Conclusions

In the Liaohe Delta, pollution with As, Cd, Cr, Ni, Zn, and Al was observed in more than 70% of the soil samples, with obvious discrepancies across sites for Cd, Cr, Zn, and Mn. The periodic tide and the abundance of S in seawater led to the deposition of As in the SS and MF through the precipitation of As–S phases (thiolation) or the adsorption of As onto the FeS surface of Fe minerals. Agricultural production and fertilizer application in the RP were the main causes of the high Zn, Cu, and Ni accumulation in soil. The concentrations of Al and Fe were much higher in the RP, NP, and PO. The concentrations of Cr, Ni, Cu, Al, and Fe were significantly negatively correlated with EC. TOC and TN were positively correlated with Cd, Pb, and Zn. TS was positively correlated with Cd, Ni, Cu, Pb, and Zn in the Liaohe Delta, largely due to metals easily settling as metal sulfide under the influence of frequent flooding and drying. As shown by the NPI values, the risk from topsoil was much higher than that from subsoil, with metal pollution present in approximately 96% of the topsoil samples.
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Human activities have profoundly affected coastal wetlands. Apart from direct occupation, indirect influences are usually caused by modifications to environmental conditions, which are various and complex. Saltmarsh bare patches might be related to these artificial modifications. They have little or no vegetation cover and lose some important functions. Hence, the mechanisms underlying saltmarsh bare patches and the effects of artificial modifications should be studied. We took the Yellow River Delta as our research object and explored the characteristics of saltmarsh bare patches in the Yellow River Estuary Natural Reserve. Our results show that artificial modifications limit some key plant life stages and thus hinder the natural regeneration process. Once suffering from fatal events, such as long-term inundation or artificial damage, this limitation will lead to the formation of persistent bare patches in saltmarshes. First, a shortage of local seed sources will be induced by the death of local plants when they are affected by a fatal event. Second, the replenishment of external seeds is often constrained by dikes and dams. Third, construction activities and the prolonged high-water inundation events can lead to soil compaction and the lack of microtopographic heterogeneity, which will hinder the retention and anchorage of seeds. Overall, it is essential to realize the underlying mechanisms of persistent bare patches and their potential to be included in cost-effective restoration or management plans.
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Introduction

Coastal wetlands lie in the transition zone between the land and the sea. They defend us from storms and flooding (Barbier et al., 2011; Leonardi et al., 2016; Perillo et al., 2018), and provide important ecosystem services, such as carbon capture (Mcleod et al., 2011) and biodiversity maintenance (Worm et al., 2006; Ramus et al., 2017). However, coastal wetlands are also vulnerable, as they are always in hydrodynamic flux due to the interactions among tides, waves, runoff, and sediment. As such, they are one of the most physically disturbed ecosystems on Earth (Tessler et al., 2015; Perillo et al., 2018). In addition, human activities and climate change have placed coastal wetlands under various, complex stresses across the globe (Gedan et al., 2009; Fagherazzi et al., 2012; Kirwan and Megonigal, 2013; Schuerch et al., 2018; FitzGerald and Hughes, 2019). Between 1999 and 2019, the net global tidal wetland area decreased by 4,000 km2 and about 74.1% of the area is in Asia, including 20.6% in China (Murray et al., 2022). Tidal marshes have similarly been severely degraded by human activities (Murray et al., 2022). In China, approximately 59% of coastal saltmarshes were lost between 1980 and the 2010s due to land reclamation (Gu et al., 2018).

The profound impact of human activities not only lies in the direct occupation of coastal wetlands (He and Silliman, 2019; Newton et al., 2020), but is also due to human modification of the environment (Kirwan and Megonigal, 2013; Auerbach et al., 2015; Tessler et al., 2015). Apart from direct occupation, the environment has also been modified by the construction of dikes and roads, which cut down the tidal flow interaction between the enclosed area and the open marsh, and shift seed flows and hydrological and sediment fluxes at the local scale (Syvitski et al., 2009; Jones et al., 2017; Xie et al., 2017; Van Coppenolle and Temmerman, 2020). This modification might result in increased inundation, sediment deposition, and hydrodynamic forces in front of the dikes. There may also be reduced seed, water, sediment, and nutrient flows behind the dikes. Thus, most of the natural ecological process will be affected, especially plant life cycles (Xie et al., 2017; Wang et al., 2018). This might be destructive to saltmarsh plants and could generate bare patches.

Fatal events, such as long-term inundation or construction activity (eg., dike or road construction), commonly affect saltmarsh plants and they may occur randomly. Inundation is the main stressor to saltmarsh plants and is thought to regulate plant patterns. It can form anoxic low redox potentials and a reductive ion toxic environment (Crooks, 1998; Crooks et al., 2002; Blackwell et al., 2004). Saltmarsh plants adapt to inundation, but can die when the inundation duration is too long or the water depth is too high (Davy et al., 2011; Mossman et al., 2012). Thus, a low-elevation or poor-drainage area is more likely to suffer fatal inundation stress (Crooks et al., 2002; Davy et al., 2011; Krauss et al., 2018; Lagomasino et al., 2021). The construction of dikes and dams can make the drainage conditions in some places worse and increase local plant vulnerability to inundation. Furthermore, temporary artificial occupation or utilization will also cause the death of local plants. It means that, without the help of restoration measures, areas affected by fatal events will remain bare for a long time.

In ecosystems, natural regeneration is an essential process (Figure 1A). Usually, vegetation is highly self-organized and can recover from slight disturbances. This is important to an ecosystem because it maintains its stability. Therefore, a randomly occurring fatal event might not always produce persistent bare patches. If the regeneration process is not hindered, then the bare area often recovers naturally under suitable conditions (Figure 1B). In conclusion, a persistent bare state does not depend on the initial cause of plant death, but on the loss of natural regeneration capacity (Figure 1C). This loss is mainly caused by the blocking of some key stages during the plant life cycle, such as the hindering of seed dispersal (Wolters et al., 2005; Dausse et al., 2008; Xie et al., 2017; Wang et al., 2018) or reduced emergence and growth caused by stressors (i.e., inundation or drought, sediment, and hydrodynamic forces) (Ivajnšič and Kaligarič, 2014; Xie et al., 2017; Wang et al., 2019). Therefore, it is difficult to identify the drivers and mechanisms underlying the creation of persistent bare patches. They might look similar in appearance, but the underlying mechanism might be different.




Figure 1 | Modes of disturbance during the natural regeneration process for annual plants. (A) Natural regeneration process: a photograph of a natural saltmarsh. (B) Vegetation that has suffered from disturbance, but can still regenerate: a photograph of naturally recovering areas. (C) Vegetation that has suffered from disturbance and where the natural regeneration process has been blocked. The photograph shows a degraded area that remained bare over a number of years.



These persistent saltmarsh bare patches have lost many functions, such as acting as primary production, habitats for species, carbon storage, and buffering capacity (Gedan et al., 2009; Barbier et al., 2011). They look like “deserts” on the marsh and are disconnected from the existing vegetation. These bare patches reduce the connectivity of the whole coastal marsh and weaken some positive feedbacks (i.e. the positive relations between plants and soil, and seed yield and vegetation patterns) in the ecosystem (Taylor et al., 2015). They also increase the risk of wetland fragmentation and vegetation degradation. However, persistent bare patches could be potential restoration areas that can be used to offset the loss of other saltmarsh areas. They are cost-effective restoration areas compared to other beneficial reclamation areas. Because they were abandoned area with no economic benefit. Understanding their driving forces and mechanisms means that a targeted adjustment plan to restore the regeneration process can be formulated.

In China, the coastal saltmarsh is mainly distributed in the north, and the Yellow River Delta (YRD) is the largest and most complete coastal wetland ecosystem in China. In the YRD, some bare patches are formed by the degradation of a widely distributed native species, Suaeda salsa (L.) Pall., in the protected areas, which has caught the attention of the government and public. To promote the design of a cost-effective restoration project, the driving mechanisms and the restrictions underlying persistent bare patches must be identified. Therefore, we investigated bare patches in the YRD and explored the underlying restrictions and their relationships with artificial modifications. We also explored the multiple effects of artificial modifications (mainly dike construction) on the natural regeneration process, including seed dispersal and establishment in the surrounding areas. The main hypothesis is that key factors and plant life cycle stages are artificially modified, which hinders the natural regeneration process and reduces self-recovery capacity.



Materials and methods


Study area

The YRD (37.64°–38.15°N, 118.62°–119.37°E) is located in Shandong Province, eastern China (Figure 2A), which is the youngest and most dynamic coastal wetland in the warm temperate zone. It experiences an irregular semidiurnal tide with an average spring tidal range of 1.06–1.78 m and an average neap tidal range of 0.46–0.78 m, (Zhao and Song, 1995). The average annual temperature is 12.8°C and average annual precipitation is 537.3 mm (Xie et al., 2019). Large-scale reclamation activities, such as oil fields, aquaculture ponds, salt fields, farmland, and port construction, have occupied most of the natural coastlines, resulting in relatively complete, natural coastal wetlands being restricted to both sides of the present Yellow River estuary in the Yellow River Estuary Nature Reserve and the old estuary in Yiqian’er Nature Reserve (Figure 2A).




Figure 2 | Location of the study area. (A) Boundaries of the nature reserve. (B) Three types bare patches investigated in this study. BP1, BP2, and BP3 are complete-enclosed bare patch, semi-enclosed bare patch, and open bare patch, respectively.



Vegetation zonation is obvious along the elevation gradients in the estuary (He et al., 2011). The annual S. salsa has the widest distribution range, it covers the low tide zone to the supratidal zone (He, 2012), and is almost the only species in the low and middle tidal zones. It is a succulent euhalophytic herb (Figure 3A) that is highly saline tolerant (He, 2012), and its seeds are characterized by having a low mass and a waxy seed coat (Li et al., 2005). These characteristics enable the plant to be easily dispersed throughout the salt marshes by the tide. After seed maturation between October and December, they fall to the ground and are picked up by the tide, which then disperses them across the mudflats and saltmarshes. From the rear of the mid-tide zone to the supratidal zone, S. salsa coexists with Tamarix chinensis and Phragmites australis and its dominance gradually becomes weaker.




Figure 3 | (A) Natural saltmarsh and (B–D) persistent bare patches from 2014 to 2019.





Bare patches in the saltmarsh

The bare patches are mainly located in the middle to high marshes in the northern part of the Yellow River Estuary Natural Reserve, which contains a number of dikes. They are areas with a vegetation coverage of less than 5%, they have existed more than 5 years, and have an area exceeding 100 m2 (Figures 3B–D). We explored the causes of bare patches in the north bank saltmarshes of the Yellow River Estuary. They can be divided into three types according to the barrier effect of dikes and dams (see, e.g., Xie et al., 2017). 1) The complete-enclosed bare patch is where the patch is completely surrounded by dikes and dams and its tidal activity is blocked. General tides do not supply the area. It is only supplied by extreme high-water tidal events, such as astronomical tides and storm surges. 2) The semi-enclosed bare patch is surrounded by dams with gaps, which means that tidal waters can move through the gaps to the bare patches. 3) The open bare patch, which is not blocked by dams.

We selected three bare patches of each type to conduct the study. These were named BP1, BP2, and BP3 (Figure 2B). BP1 was a complete-enclosed bare patch behind the main dike and BP2 was a semi-enclosed bare patch. There was a gap in the surrounding dikes which allowed storm surge water to break through. BP3 was an open bare patch ahead of the main dike. It was once occupied by aquaculture ponds, but was destroyed by storm surges. All the patches were located in the middle to high marsh with elevations ranging from 0.91 to 1.28 m (field investigation data from a GPS device).



Tidal inundation monitoring

Tidal inundation is an important driver of plant establishment and its pattern (Wang et al., 2019). In order to understand the tidal inundation process on the saltmarsh and to identify its impacts on bare patches, an Odyssey Water Level Logger (Z412, Christchurch, New Zealand) was used to monitor tidal inundation on the saltmarsh for one year to reveal the inundation characteristics. We placed a water level logger in the lower part of the marsh near the tidal creeks in an open bare patch at an elevation of 0.75 m. It was set to record at an interval of 10 minutes and the data was retrieved every two months. The retrieved signal was converted into water depth using a calibration curve (the linear relationship between the signal and the water depth). Thus, the water level was obtained by adding the elevation.



Seed dispersal monitoring

Besides environmental stressors, seed dispersal is another essential natural regeneration process. A seed capture experiment was conducted to verify the effect of the dikes on seed dispersal in bare patches. Eighteen seed capture devices were randomly set up in each type of bare patch before seed dispersal in October, 2017 (Figure 2B). A 20 cm long plastic bottle with an inner diameter of 3 cm was selected as the seed trap and a drainage hole (with an aperture of 1 mm) was set in the lower half of the bottle to prevent water accumulation in the trap. The seed trap was buried in the soil with its top flush with the surface. The next April, seeds or seedlings from the seed traps were collected and brought back to the laboratory to determine the number of captured seeds. The germinated seeds (seedlings) were counted directly while the seeds buried in the sediment were counted using a germination method (TerHeerdt et al., 1996). The total number is the sum of the two.



Effect of bare soil conditions on seed establishment

Seed emergence and establishment follows seed dispersal during the natural regeneration process. Therefore, we measured surface soil hardness, water content, bulk density, and salinity to test whether artificially influenced soil conditions inhibited seed establishment, Soil hardness and bulk density are used to measure soil compactness, which affects seed anchorage (Johnson and Fryer, 1992; Brooks et al., 2015). Soil water content and salinity are the main factors affecting the emergence and growth of plants (Long and Mason, 1983; Adam, 1990). The soil conditions in a natural saltmarsh area were used as the control. A total of 30 sites were randomly selected from each of the three bare patch types and natural saltmarsh (N = 120) to measure soil surface hardness with a sclerometer (TYD-1, Zhejiang, China). Soil samples were taken to the laboratory to measure soil salinity, water content, and bulk density.

To verify the effect of soil compaction on seed establishment, two types of surface soil treatment experiments were set up in the three types of bare patches in April (seed emergence stage) (Figure 2B). 1) Six 50×50 cm2 quadrats at a depth of 5 cm were excavated and the surface soil removed. Then, 100 S. salsa seeds were evenly sown inside (three replicates, N = 18). 2) Six 50×50 cm2 quadrats were set up after the surface soil had been plowed and 100 S. salsa seeds were evenly sown (three replicates, N = 18). It is often difficult to retain the S. salsa seeds on the soil surface so we set up two control treatments for seed retention. The first was a caged treatment consisting of six 50×50 cm2 bare surface quadrats containing 100 evenly sown S. salsa seeds (three replicates, N = 18). Then they were caged by a thin wire mesh and covered with a layer of yarn mesh with a pore size of less than 1 mm to prevent seed loss. The second was a blank treatment. Six 50×50 cm2 bare surface quadrats were set, which contained 100 seeds of S. salsa evenly sown inside (three replicates, N = 18). The first control treatment ensured the retention of seeds in the quadrat, while the second did not. The soil hardness of the two surface soil treatments and the control was measured with a sclerometer. Soil surface hardness in an untreated bare area was used as the control. One month later (in May), the S. salsa seedling numbers in the different quadrats were counted.



Statistical analysis

Fortran 6.5 (Compaq, Houston, USA) was used to statistically evaluate the water level data to analyze the tidal inundation process. We computed the daily highest, monthly mean highest, daily lowest, and monthly mean lowest water levels. Daily inundation duration and monthly mean inundation duration were also calculated. We also analyzed the relationship between the inundation duration and the highest water level of each tidal event using a linear fitting and counted the frequency of tidal events with different water levels.

To identify the effects of artificial modifications on the regeneration process, a one-way ANOVA and Tukey’s HSD comparisons were used to compare the differences among 1) the number of captured seeds in the three types of bare patch; 2) the soil characteristics (hardness, bulk density, salinity and water content) of the three types of bare patches and natural saltmarsh; 3) the soil hardness of the surface soil removal plots, the plowed plots and the control treatment; and 4) seed emergence rates after surface soil removal, plowing and the control treatments in each type of bare patch. Before ANOVA, data were assessed by the Kolmogorov–Smirnov test (α = 0.05). Data sets were natural-log transformed when necessary to meet assumptions of normality and homogeneity of variance. SPSS 22 software package (IBM, New York, USA) was used for the statistical analyses.




Results


Characteristics of the tidal inundations on the marsh

According to the tidal flooding process recorded by the water level logger (Figure 4A), several storm surges occurred during October to November, resulting in high water levels and a prolonged inundation period, with the highest water level exceeding 2 m. Tidal inundation occurred more frequently from June to October, but from December to the next May, both the frequency and daily inundation duration decreased (Figures 4A, B). The monthly mean highest water level decreased from November, reached a minimum in December, January, and April, and then gradually increased from May. The monthly mean lowest water level showed a similar trend.




Figure 4 | Tidal inundation characteristics analysis. (A, B) Water level and daily inundation duration, respectively. (C) Relationship between the highest water level and inundation duration during a tidal event. (D) Frequency of tidal events with different highest water levels.



The analysis of each tidal event (Figure 4C) showed that the higher water levels always coincided with the longest inundation duration. However, low-water tidal events tended to have a short inundation duration on the marsh. The frequency analysis (Figure 4D) shows that the frequency of high-water tidal events was very low, but tidal events with water levels below 0.9 m were frequent at up to 66.30%. The frequency of tidal events with water levels between 0.9 m and 1.2 m was 27.35% and the frequency of tidal events with water levels higher than 1.2 m was just 5.35%.



Seed dispersal on the different types of bare patches

The seed dispersal monitoring results showed that seed traps in the complete-enclosed bare patch area (BP1) did not contain any seeds, while the seed traps in the semi-enclosed bare patch areas (BP2) and open bare patches (BP3) contained 6 ± 2 (N = 18) and 25 ± 11 (N = 18) S. salsa seeds, respectively (Figure 5). The number of seeds in the semi-enclosure bare patch seed traps was significantly lower than that in the open bare patch seed traps (F = 35.504, P = 0.000). Therefore, the dikes do prevent the tides from carrying seeds and the semi-enclosed bare patch was partially affected by the dike, which reduced the number of seeds entering the patch.




Figure 5 | Number of trapped seeds in the three types of bare patch and natural saltmarsh. BP1, BP2, and BP3 represent complete-enclosed, semi-enclosed and open bare patches, respectively (N = 54). Data are means ± SE. Significant differences are shown by different letters above the bars.





Soil conditions in the different types of bare patches

The soil investigation showed that the surface soil hardness of the bare patches was significantly higher than that of the natural saltmarsh (Figure 6A). The surface soil hardness in the bare patches was above 23 mm, while hardness in the natural saltmarsh was mostly below 20 mm. The soil bulk density of BP1 was significantly higher than that of the BP2 and BP3 bare patches, but the latter two were not significantly different from that of natural saltmarsh (Figure 6B). The dike barrier meant that soil salinity in BP1 was significantly lower than that of the other bare patches and the natural saltmarsh (Figure 6C). In addition, the salinity of the natural saltmarsh was highest, but there was no significant difference between it and BP3. Soil water content was lowest in BP1 and significantly different from those of BP2 and BP3 (Figure 6D). Soil water content in the natural saltmarsh was significantly higher than all the bare patches (Figure 6D).




Figure 6 | (A) Soil hardness, (B) bulk density, (C) salinity, and (D) water content of the three types of bare patch and natural saltmarsh. BP1, BP2, and BP3 represent complete-enclosed, semi-enclosed and open bare patches, respectively (N = 120). Data are means ± SE. Significant differences are shown by different letters above the bars.





Effect of soil compaction on seed establishment in the different types of bare patches

Surface soil removal and plowing can significantly reduce compaction (Figure 7A) and the patches that had received these treatments approached the level of natural saltmarsh. The sowing experiment showed that excluding hard, smooth, and flat soil surfaces enhanced S. salsa seed duration and emergence (Figures 7B–D). In contrast, there was no seed emergence in the control patches without surface soil treatment (Figures 7B, E, F). The emergence rate with surface soil removal treatment was higher than that of the plowed treatment, and the results for the removal treatment were significantly higher than those for the plowed treatment in BP2 and BP3, whereas there was no significant difference between the two surface soil treatments in BP1.




Figure 7 | Soil hardness and the seed emergence rates after surface soil removal and plowing. (A) Soil hardness after the two treatments. Each group is a combination of the treatments for each of the three types bare patch (N = 54 with 18 controls from three bare patches). (B) Results of seed addition when the two treatments were applied (N = 72 with 32 controls). (C, D) Photographs of emerged S. salsa seedlings after the removal and plowing treatments, respectively. (E, F) Photographs of the caged and blank control treatments showing no emerged seedlings, respectively. BP1, BP2, and BP3 represent complete-enclosed, semi-enclosed, and open bare patches, respectively. Data are means ± SE and significant differences are shown by different letters above the bars.






Discussion

The global loss of coastal wetlands along with climate change mean that there is an increased risk of coastal flooding from more severe storm surges and expected sea level rises (Kirwan and Megonigal, 2013; Enwright et al., 2016; Kirwan and Gedan, 2019; Theuerkauf and Braun, 2021). Therefore, restoring saltmarshes will significantly contribute to nature-based mitigation of coastal flood risks because they can attenuate storm surges, reduce the impact of waves and shoreline erosion, and accumulate sediments in balance with sea level rises (Lovelock et al., 2015; Sandi et al., 2018). Bare patches are important potential units to be recovered. However, the underlying reasons for bare patches may vary. Therefore, we should pay attention to persistent bare patches that have a low regeneration potential and are mainly caused by artificial modifications. Identifying persistent bare patches and the reasons for their existence will improve our ability to formulate cost-effective restoration and management plans.


Effects of fatal tidal inundation events and dikes

Many studies have shown that the occurrence of bare patches in coastal wetlands is determined by elevation and oxidative reducibility (Davy et al., 2011; Mossman et al., 2012). Prolonged flooding results in an anoxic, low redox potential, and reductive ion toxic environment (Crooks, 1998; Crooks et al., 2002; Blackwell et al., 2004), which is stressful to saltmarsh plants, such as S. salsa. These types of stressors, which are caused by flooded environments, have been confirmed by many studies, and flooding stress is mainly caused by high frequency tidal events and poor drainage conditions (Crooks et al., 2002; Davy et al., 2011). This may be an important reason for the death of saltmarsh vegetation.

The periodic or intermittent influence of tides means that saltmarsh vegetation is in a dynamic environment that undergoes dramatic hydrological changes and is significantly affected by the hydrological environment (Adam, 1990). Tidal inundation can affect saltmarsh plant growth by altering soil permeability and its chemical characteristics (Adam, 1990; Colmer and Flowers, 2008). Specifically, the various characteristics of the tidal inundation process, such as tidal frequency, tidal range, and inundation duration, may have different effects on species and are correlated with the distribution and richness of saltmarsh plants (Casanova and Brock, 2000; He, 2012). The effects of the depth and duration of an inundation event depend on the plant height relative to the average sea level (Armstrong et al., 1985; Silvestri et al., 2005; Colmer and Flowers, 2008). During high tides, especially spring tides (with a mean level of 1.27m, see Wang et al., 2018), saltmarsh plants are often partially or completely submerged for several hours or even a few days.

According to our analysis of the effects of tidal inundation characteristics on the saltmarsh surface, high-water tidal events tend to last for a long time, resulting in continuous inundation of the saltmarsh surface, usually for more than one day. When experiencing storm surges, such as the tidal event from October 20 to 26, 2017, the highest water levels can exceed 2 m, the inundated area reaches the supratidal zone, and the whole intertidal zone can be inundated for several consecutive days. Although the duration of a storm surge is not very long, the large-scale and high-water level flooding process leads to a very slow receding process, which may take several days. Furthermore, if the area has poor drainage conditions, such as those caused by dikes, the inundation time will be prolonged. When the saltmarsh within the embankment is flooded by a high tide, the drainage rate is slower than that of natural wetland because the latter has microtopographic heterogeneity and natural tidal creek systems. Thus, the hypoxia stress caused by inundation will more serious in poorly drained areas, especially those that have been blocked by dikes.

Long-duration and high-water inundations may mean that the tolerance limits of plants such as S. salsa are exceeded. This leads to the oxygen consumed in saltmarsh soil not being replenished, resulting in soil hypoxia (Adam, 1990; Dat et al., 2006). In addition to the anoxic soil environment, long-duration flooding also leads to the enrichment of other compounds and ions in the soil that affect plant growth, including carbon dioxide, ethylene and S2– (Brinkman and Van Diepen, 1990; Keddy, 2001; Colmer and Flowers, 2008; He, 2012). Tidal inundation also prevents photosynthesis in the above-ground parts of plants because it decreases carbon dioxide and light levels, which further reduces the content and dispersal of oxygen in plants (Colmer and Flowers, 2008). Although these high-water and long-term inundation events are infrequent, their effect on saltmarsh plants cannot be ignored. Highly frequent low-water tidal events tend to have small inundation depths and shorter durations, resulting in smaller inundated areas and a reduced influence on plant growth.

Tidal flows are the main medium for seed dispersal on saltmarshes (2008; Chang et al., 2007; Friess et al., 2012). Therefore, hydrological connectivity conditions (i.e., whether impeded by dikes) have important effects on seed dispersal (Xie et al., 2019) and can have decisive effects on vegetation patterns. Where seeds or propagules finally stay and establish is a result of the multiple and complex interactions between tidal flows and microtopography or vegetation (Chang et al., 2007; Peterson and Bell, 2012). However, dikes block the movement of tidal flows, including carried seeds or propagules. Our monitoring results showed that there was no input of S. salsa seeds from the surrounding saltmarshes to the complete-enclosed bare patches. The input of S. salsa seeds from the surrounding saltmarshes was also limited in the semi-enclosed bare patches.

The initial death of saltmarsh plants within an enclosed patch causes a shortage of local seeds produced by local plants. Saltmarshes are particularly dependent on the dispersed seeds or propagules from surrounding saltmarshes carried by tidal waters. Thus, the dikes will contribute both to prolonged inundation conditions, which are fatal to local plants, and a decrease in the external seeds/propagules needed to replenish the enclosed area. They constrain the seed inputs needed for the regeneration of enclosed bare patches.



Effects of soil compaction on seed colonization

Previous studies have shown that defensive facilities (i.e., dikes and dams) have ecologically negative effects on the life cycles of halophytes, including seed/propagule dispersal, and seedling emergence and survival (Friess et al., 2012). Reclamation activities have led to the shrinkage and compaction of surrounding saltmarsh soils (Crooks et al., 2002; Pethick, 2002) and have changed soil conditions, including salinity, water content, and sediment thickness (Bouma et al., 2009; Xie et al., 2017). In addition, these construction activities also change the surface microtopography. Compared to natural saltmarshes, the soil surfaces of these disturbed and compacted saltmarshes lack topographic heterogeneity, which may have a negative impact on colonization by saltmarsh plants (Brooks et al., 2015; Wang et al., 2018). Besides the direct influence of construction activities, soil shrinkage and compaction may also occur under natural conditions, especially in high saltmarshes (Cahoon et al., 2011; Brooks et al., 2015). High saltmarshes or reconstructed areas have a higher starting shear stresses, and lower soil moisture and organic matter contents (Brooks et al., 2015). Therefore, water availability in the soil is low, which makes it difficult for the vegetation to anchor (Brooks et al., 2015). The high starting shear stress of soil may be caused by the anti-flocculation of clayey minerals when soil is exposed to air under low salt conditions, which damages soil structures (Crooks, 1998; Crooks et al., 2002). This in turn leads to soil compaction and it is a common phenomenon in many saltmarshes when the soil is submerged by tidal waters (Crooks, 1998; Crooks et al., 2002). These compacted soil surfaces inhibit the infiltration of new sediments, lead to the underlying soil becoming hypoxic (Crooks et al., 2002), and affect some ecological processes above the ground (Evans et al., 1998). Once saltmarshes are inundated by tidal waters, the large-scale treatment of compacted soil to make it suitable for saltmarsh plant colonization is very challenging (Brooks et al., 2015).

Compared to natural saltmarsh soils, the bare patches (both open and enclosed) were compacted and their hardness was significantly higher than that of natural saltmarsh soil. The soil bulk densities in BP2 and BP3 were close to the natural saltmarsh, which indicates that the soil physical structure of bare patches connected to the natural saltmarsh (the semi-enclosed and open ones) was better than that of the completely blocked bare patches. The dikes, to some extent, block the tidal flows, which leads to decreases in salinity and water content. A lower salinity is beneficial to the emergence and growth of S. salsa, which has an optimum growth and emergence salinity of 12.71 ppt and below 10 ppt, respectively (He, 2012; Xie et al., 2017). In contrast, a lower water content is not beneficial to S. salsa. This compromise between soil salinity and water content means that a constrained saltmarsh is not as effective as natural saltmarsh, but it does not reduce the emergence and growth of S. salsa.

The compacted soil means that it is hard for the seeds to anchor themselves and the lack of topographic heterogeneity means that seeds often do not remain in the patch (Clark et al., 2007; Nilsson et al., 2010; Wang et al., 2018). This was demonstrated by the soil surface and seed retention treatments. The control treatment without a cage showed that S. salsa seeds did not remain on the surface of the bare patch because they are easily carried away by wind or tides on a smooth flat hard surface. However, in the same situation and under the influence of wind or tides, the surface soil removal or plowed treatments allowed the S. salsa seeds to stay and anchor (Figures 6C, D). These treatments decreased soil compaction, but increased roughness and topographic heterogeneity on the surface. Smooth surfaces without topographic heterogeneity easily form after compaction, which means that seed retention is poor (Brooks et al., 2015). Another treatment was to set up a cage to prevent S. salsa seeds from escaping and retain the seeds in the quadrat, but there were still no seedlings. This suggests that even the seeds that were present in these bare patches did not have suitable conditions for emergence. They could not obtain moisture and nutrients from the soil to sustain their emergence (Evans et al., 1998). However, on the surface of natural saltmarshes, topographic heterogeneity and plant structures provide sufficient opportunities for seeds to stay. In addition, due to the presence of plants in natural saltmarshes, feedback between plants and soil, such as shading, reduced evaporation, and improved water retention, provides more favorable establishment conditions for retained seeds (Brooks et al., 2015). Therefore, hardened surfaces hinder the establishment of plants, seed retention, and the ability of seeds to anchor themselves.

Although both the soil removal and plowing treatments removed the effects of hard soil surfaces on seed establishment, their effects varied. This difference did not occur in the BP1 patch, but occurred in the BP2 and BP3 patches where the interaction with tidal waters was not cut off. The results showed that stability in the plowed BP3 patch was poor, that is, it was not easy to maintain the surface treatment in the tidal environment. Tidal flows meant that these surface treatments do not always last very long, meaning that over time they tend to disappear and become less effective. The stability of these soil surface treatments is related to the saltmarsh environment. In areas that are more susceptible to tides, soil surface treatment is less easy to maintain and less stable. In the BP1 patch, the reduced tidal influence meant that both the surface soil removal and surface soil plowed treatments could be maintained, providing enough time for the remaining seeds to emerge. Semi-enclosed and open bare patches are more susceptible to tidal effects, leading to the development of smooth surfaces. The results for the two types of soil treatment showed that the topsoil removal treatment was more resistant to tidal flows and maintained a rough surface better than the plowed treatment. Under the influence of tides, the stability of the topsoil plowing treatment was not good, which shortened the time that suitable emergence conditions existed and reduced overall emergence. However, the topsoil removal treatment produced surfaces that were more stable and offered greater chances for seed emergence. Therefore, when the bare patch surface soil becomes hard, removal of the soil layer can improve the replanting of S. salsa. However, the effect of tides on surface soil treatments should be further considered because treatments that produce higher soil stabilities are more conducive to seed emergence.
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The soil carbon sequestration largely depends on soil organic carbon (SOC) stability. However, the mechanism of SOC stabilization in coastal wetlands under different hydrologic conditions remains to be clarified. In this study, the effect of mineral protection on SOC stabilization was investigated in freshwater-flooded Phragmites australis wetlands (FPW), tidal P. australis wetlands (TPW), non-flooded P. australis wetlands (NPW) and tidal Suaeda salsa wetlands (TSW). Two stabilized SOC fractions (Na2S2O8 resistant SOC and H2O2 resistant SOC) and Al/Fe/Si oxides extracted by acid oxalate, dithionite–citrate and pyrophosphate, respectively, were determined in soil samples collected to a depth of 25 cm. The contents of soil Na2S2O8 resistant SOC and H2O2 resistant SOC were not significantly different among the four wetlands (p > 0.05), with the highest mean values occurring in FPW (1.44 ± 0.43 g kg-1) and TPW (1.79 ± 0.40 g kg-1), respectively. The contents of Al/Fe/Si oxides (except for Sip) and the values of mineral phase indicators were significantly lower in NPW than in TPW or FPW (p < 0.05). Linear regressions among Al/Fe/Si oxides, mineral phase indicators, and two stabilized SOC fractions showed that Na2S2O8 resistant SOC and H2O2 resistant SOC were positively and significantly affected by mineral contents (p < 0.05). Additionally, edaphic factors such as soil organic matter, total nitrogen, soil water content, clay and silt contents were identified as important factors influencing the two stabilized SOC fractions.




Keywords: SOC stabilization, Al/Fe/Si oxides, mineral phase indicators, hydrologic conditions, coastal wetlands



Introduction

As the largest terrestrial carbon pool, SOC stock in soils is three times larger than the size of atmospheric carbon pool and vegetation carbon stock (Gulde et al., 2008; Warren and Ziegler, 2017). The sequestration of carbon as SOC is a major topic of research worldwide because of its great importance in climate change mitigation and inhibition of soil degradation (Vos et al., 2017; Rüegg et al., 2019). The balance between soil carbon inputs (i.e., vegetation and exogenous sources) and outputs (i.e. mineralization, erosion and leaching) determines the SOC stock, and the proportion of carbon input that becomes stabilized in SOC and the maintenance of its stability is vital to ensuring long-term SOC stocks (Rüegg et al., 2019). Moreover, land-atmosphere carbon exchanges can be altered by the changes in SOC stability, leading to dynamic variations in soil carbon release (Tian et al., 2016). Furthermore, SOC stability is critical to soil quality and fertility through the regulation of soil characterization and nutrient level (Yang et al., 2020). The concept of “SOC stability” refers to the resilience or resistance to changes (Doetterl et al., 2016), with the ideal situation that SOC remains constant in its molecular composition and concentration for long periods of time (Berhe and Kleber, 2013). To sum up, the biochemical recalcitrance of molecules, the spatial inaccessibility of SOC for decomposer organisms and enzymes, the stabilization by the interactions of SOC with mineral surfaces and metal ions, and physical protection from aggregates control the spatial heterogeneity of SOC stability (Lützow et al., 2006; Lorenz et al., 2009; Sierra et al., 2016; Tian et al., 2016).

Although there are no unified standards for the assessment of SOC stability, a series of complementary techniques enable the evaluation and interpretation of the SOC stabilization mechanisms in different soils. Various techniques (i.e., thermal analysis techniques and chemical separation methods) have been considered suitable metrics in the evaluation of SOC stability (Lorenz et al., 2009; Sierra et al., 2016; Soucémarianadin et al., 2018). SOC pools can be classified into labile and stable SOC pools (Gulde et al., 2008) or labile (active), intermediate and stable (persistent) SOC pools (Tian et al., 2016; Soucémarianadin et al., 2018; Lyu et al., 2021). The most stable organic carbon components can be stored for hundreds of years or longer as a result of the retardation of the internal physical, chemical and microbial cycles (Gulde et al., 2008). Stable SOC contributes more to the sequestration and storage of SOC than labile SOC (Gulde et al., 2008; Soucémarianadin et al., 2018). Correspondingly, the proportion of stable SOC in soil determines the stability of SOC and the capacity of soil to store SOC long term. The preservation of stable SOC enormously affects atmospheric CO2 levels, soil fertility, plant productivity, and the soil ecosystem (Lyu et al., 2021). Both natural and anthropogenic perturbations can alter SOC stability by affecting the SOC decomposition, which depends on physicochemical properties and carbon availability for microbial and enzyme activities (Yang et al., 2020). Therefore, it is of the utmost importance to investigate how SOC stabilization responds to the changes of environmental conditions so as to better understand the potential for enhancement of global carbon storage.

Strengthening soil carbon sequestration and CO2 fixation has become an urgent issue in the context of global climate change. Coastal wetlands feature with great capacity for carbon accumulation, with the potential to substantially affect the global carbon budget (Baustian et al., 2021). Specifically, it has been estimated that coastal wetlands account for only 0.2% of the ocean surface, but 50% of carbon stock is sequestrated in marine sediments (Macreadie et al., 2017). Furthermore, coastal wetlands are associated with high productivity and high capacity for the regulation of CO2 levels, causing them to be major carbon sinks (Lu et al., 2017). Consequently, coastal wetlands have gained an increasing amount of research and the protection and restoration of coastal wetlands are targets for greenhouse gas emissions offsetting and carbon sequestration projects (Kroeger et al., 2017). The soil carbon sequestration rates in coastal wetlands partly depend on their unique hydrologic conditions, as flooding duration, the oxygen-deficient soil environment and high salinity lead to low decomposition rate of organic matter and tidal oscillations could increase organic matter inputs (Chambers et al., 2013; Ferronato et al., 2019; Baustian et al., 2021). Moreover, variations in wetland hydrologic conditions would induce changes in the vegetation type and soil physiochemical characterization that further cause fluctuations in the soil carbon stock (Zhao et al., 2017; Ma et al., 2017). Notably, coastal wetlands may face increased flooding under future global climate change (Ferronato et al., 2016). Thus, the impact of hydrologic variations on SOC stabilization in coastal wetlands is worthy deeply probing into.

The fluctuations in hydrologic conditions will undoubtedly affect SOC stabilization in many ways, especially by augmenting carbon inputs and outputs. Moreover, it has been reported that waterlogging affects the chemical stability of soil organic matter by altering soil biochemical characteristics (i.e., enzyme activities and microbial activities) and the quality of organic matter (Ferronato et al., 2019). Lyu et al. (2021) showed that the sizes of intermediate and stable SOC pools were predominantly and positively controlled by the contents of nanocrystalline minerals. The initial interaction between minerals and SOM mediated controlled SOC stability by mediating the sorption of chemically diverse organic matter molecules via distinct surface areas and chemical functional group availabilities, and this mineralogic control has been reported by several studies conducted in volcanic soils, dry tropical forest soils, temperate forest soils and grassland soils (Lorenz et al., 2009; Soucémarianadin et al., 2018; Zhao et al., 2020; Lyu et al., 2021). However, few studies have examined their effects on SOC stabilization in coastal wetlands, to our knowledge. The current study aimed to investigate how different hydrologic conditions affect the contents of representative stabilized SOC fractions (Na2S2O8 resistant SOC and H2O2 resistant SOC), and stabilization mechanisms associated with minerals in typical coastal wetlands of the Yellow River Delta, China. The clarification of how SOC stabilization in coastal wetlands responds to hydrologic variations and SOC stabilization protected by minerals will inform the assessment of SOC stock in coastal wetlands, strategic decision making for wetland restoration and guidelines for climate change mitigation.



Materials and methods


Sampling sites, soil collection and analysis

Four typical wetlands in the Nature Reserve of the Yellow River Delta were selected as sampling sites, including freshwater-flooded Phragmites australis wetlands (FPW), tidal P. australis wetlands (TPW), non-flooded P. australis wetlands (NPW) and tidal Suaeda salsa wetlands (TSW). FPW, NPW and TSW are located on the north bank of the Yellow River, and TPW is located on the south bank of the Yellow River (Figure 1). Different hydrologic conditions were observed in these four wetlands. Soil cores were randomly collected to a depth of 25 cm and stratified into five layers at 5 cm interval in each wetland in October 2018. Three soil samples were collected for each soil increment. Samples for the measurement of soil bulk density (BD) were collected by the cutting-ring method with 100 cm3 cores. Methods for the pretreatment of soil samples and determination of BD, soil water content (WC), pH, electric conductivity (EC), total carbon (TC), total nitrogen (TN), soil organic matter (SOM) and soil base cation and anion (e.g., Na+, K+, Mg2+, Ca2+, Cl- and SO42-) contents can be found in Zhao et al. (2020).




Figure 1 | Location map of sampling sites.



The contents of Na2S2O8 resistant SOC and H2O2 resistant SOC represent the amount of stable SOC (also called chemically recalcitrant SOC and non-oxidizable SOC) and functionally passive SOC, respectively (Lorenz et al., 2009; Sierra et al., 2016). Thus, they are usually selected as representative stabilized SOC fractions. The determination of these two stabilized SOC fractions, acid oxalate-extractable Al/Fe/Si (Alo, Feo and Sio), dithionite-citrate-extractable Al/Fe/Si (Ald, Fed and Sid) and pyrophosphate-extractable Al/Fe/Si (Alp, Fep and Sip) was conducted with reference to modified chemical fractionation methods by Lorenz et al. (2009). Acid oxalate-extractable Al, Fe, and Si represent most organic complexes and irregularly arranged minerals such as allophane, ferrihydrite, and imogolite. Dithionite-citrate extracts Fe from both crystalline and poorly crystalline Fe oxides, and Al substituted into Fe oxides and produced by the partial dissolution of poorly ordered Al (oxy) hydroxides are represented by dithionite-citrate-extractable Al. All of the organically bound Al and an intermediate percentage of the organically bound Fe were extracted using sodium pyrophosphate. The fraction of total Fe oxides with poor crystallinity is represented by the Feo/Fed ratio. As a result, Feo minus Fep reflects the amount of ferrihydrite, while Fed minus Feo represents crystalline Fe oxides. The ratio of organically-bound to total amorphous aluminum, or the proportion of aluminum that is in organic complexes, is represented by the Alp/Alo ratio. Sesquioxide content is denoted by Alo+0.5Feo, which is also indicative of the amount and status of nanocrystalline minerals (Lyu et al., 2021).



Statistical analysis

One-way analysis of variance (ANOVA) was conducted to identify the differences in soil properties, Na2S2O8 resistant SOC, H2O2 resistant SOC, acid oxalate extractable Al/Fe/Si, dithionite-citrate extractable Al/Fe/Si, pyrophosphate-extractable Al/Fe/Si and mineral phase indicators among the four wetlands using SPSS 22.0 software package. Differences were considered to be significant if p < 0.05. Redundancy analysis (RDA), correlation analysis and single variable linear regression were also performed to analyze the relationships between Na2S2O8 resistant SOC, H2O2 resistant SOC, Al/Fe/Si oxides, mineral phase indicators and soil properties with Canoco 4.5 software package and SPSS 22.0 software package, respectively. Figures were created using Origin 2019 software package.




Results


Soil physiochemical characteristics in the four wetlands

The SOM, TC, and TN contents were significantly higher in TPW than in NPW (p < 0.05), but no significant differences were observed among those in TPW, TSW, and FPW (p > 0.05, Table 1). The C/N ratio was not significantly different among the soils of the four wetlands (p > 0.05). Soil BD in TPW (< 1.5 g cm−3) was significantly lower than that of the other three wetlands (>1.5 g cm−3, p < 0.05). In general, soil EC, Na+, K+, Mg2+, Ca2+, Cl−, and SO42− contents in TSW soils were significantly higher than in the other three wetlands (p < 0.05), with the lowest values of EC, Na+, and Cl− occurring in FPW soils and K+, Mg2+, Ca2+, and SO42− appearing in NPW soils, respectively. For pH, significantly higher values (>9) were observed in the soils of NPW than in the soils of the other three wetlands (p < 0.05). The soil texture of the four wetlands was mainly composed of sand (>70%), with much lower proportions of clay and silt. The silt and sand contents in TPW were significantly higher and lower than those of NPW and FPW (p < 0.05). The WC was significantly higher in FPW than that in the other three wetlands (p < 0.05). Overall, flooding caused by tides or freshwater increased and reduced soil EC and salt ions (except for Ca2+), respectively. Compared with NPW which lacks flooding from tides or freshwater, flooding conditions in TSW, TPW, and FPW increased the SOM, TN, silt, and WC contents, and lowered the sand content and pH.


Table 1 | Soil characterization of 0-25 cm soils in the four wetlands.





The contents and profile distribution of the two stabilized SOC fractions

The Na2S2O8 resistant SOC and H2O2 resistant SOC contents in the four wetlands are shown in Figure 2. Both Na2S2O8 resistant SOC and H2O2 resistant SOC showed no significant differences among the four wetlands (p > 0.05), and the mean values of Na2S2O8 resistant SOC at 0-25 cm soil depth were lower than H2O2 resistant SOC in all four wetlands. The highest mean values of Na2S2O8 resistant SOC and H2O2 resistant SOC were observed in FPW (1.44 ± 0.43 g kg-−1) and TPW (1.79 ± 0.40 g kg−1), respectively, while the lowest mean values of Na2S2O8 resistant SOC and H2O2 resistant SOC were found in NPW (1.19 ± 0.44 g kg−1) and TSW (1.50 ± 0.52 g kg−1), respectively.




Figure 2 | Box chart of Na2S2O8 resistant SOC (A) and H2O2 resistant SOC (B) in 0-25 cm soils in the four wetlands. (Different lowercase letters represent significant differences at p < 0.05 level).



Figure 3A shows the profile distribution of Na2S2O8 resistant SOC in the 0-25 cm soils of the four wetlands. The Na2S2O8 resistant SOC in soils of TSW, NPW and TPW showed an “increasing before decreasing” tendency as depth increased, with higher Na2S2O8 resistant SOC levels occurring in the 10-15 cm soils. And the highest values of Na2S2O8 resistant SOC among five soil layers in TSW, NPW and TPW were 1.70 ± 0.37 g kg-1, 1.53 ± 0.72 g kg-1 and 1.90 ± 0.13 g kg-1, respectively. The Na2S2O8 resistant SOC in 0-5 cm soils was significantly higher in FPW (1.80 ± 0.62 g kg-1) than in NPW (0.82 ± 0.31 g kg-1, p < 0.05), while Na2S2O8 resistant SOC in other soil layers showed no significant difference among the four wetlands (p > 0.05).

The distribution pattern of soil H2O2 resistant SOC was similar to that of Na2S2O8 resistant SOC in TSW, NPW and TPW, showing an initial increasing then decreasing trend (Figure 3B). The H2O2 resistant SOC content in 0-5 cm soils was significantly higher in soils of TPW (1.85 ± 0.37 g kg-1) and FPW (2.35 ± 0.87 g kg-1) than that in soils of NPW (0.90 ± 0.16 g kg-1, p < 0.05), while a significantly higher value of H2O2 resistant SOC in 10-15 cm soils of NPW (2.19 ± 0.30 g kg-1) and TPW (2.10 ± 0.54 g kg-1) than that of FPW (1.42 ± 0.26 g kg-1) was observed (p < 0.05). The H2O2 resistant SOC in 5-10 cm, 15-20 cm and 20-25 cm soils showed no significant differences among the four wetlands (p > 0.05), with higher values occurring in soils of FPW (5-10 cm, 2.17 ± 1.08 g kg-1).




Figure 3 | Profile distribution of soil Na2S2O8 resistant SOC (A) and H2O2 resistant SOC (B) in the four wetlands. (Different lowercase letters represent significant differences between the same layers of the four wetlands at p < 0.05 level).





Comparison of Al, Fe and Si oxides in soils of the four wetlands

The contents of Al extracted by acid-oxalate, dithionite-citrate and pyrophosphate in the soils of the four wetlands are shown in Figures 4A-C, respectively. The content of soil Alo in NPW was significantly lower than that in the other three wetlands (p < 0.05), with a mean value of 0.22 ± 0.04 g kg-1. However, the content of soil Alo showed no significant difference among TSW, TPW and FPW (p > 0.05), with the highest mean soil Alo content observed in TPW (0.39 ± 0.10 g kg−1). TSW (0.38 ± 0.09 g kg-1) and TPW (0.40 ± 0.06 g kg-1) had significantly higher soil Ald contents than NPW (0.28 ± 0.03 g kg-1, p <0.05). However, Ald in FPW (0.40 ± 0.12 g kg-1) did not differ significantly from NPW and TSW (p > 0.05), but was significantly lower than TPW (p < 0.05). As for Alp, a significantly lower value in NPW (0.033 ± 0.01 g kg-1) was found than in FPW (0.054 ± 0.04 g kg-1), but no significant differences were observed among TSW, NPW and TPW, or among TSW, NPW and FPW (p > 0.05).




Figure 4 | Comparison of Alo (A), Ald (B), Alp (C), Feo (D), Fed (E), Fep (F), Sio (G), Sid (H) and Sip (I) contents in the four wetlands. (Different lowercase letters represent significant differences between the same layers of the four wetlands at p < 0.05 level).



The contents of acid-oxalate, dithionite-citrate and pyrophosphate extractable Fe are shown in Figures 4D-F, respectively. The content of soil Feo in NPW (0.65 ± 0.17 g kg-1) was significantly lower than that in TPW (1.36 ± 0.30 g kg-1) and FPW (1.20 ± 0.59 g kg-1, p < 0.05), but showed no significant difference with TSW (0.80 ± 0.28 g kg-1, p > 0.05). TSW had a significantly lower soil Feo content than TPW (p < 0.05), but did not differ from FPW (p > 0.05). Although the content of soil Fed in NPW (3.70 ± 0.36 g kg-1) was significantly lower than that in TSW (4.53 ± 0.82 g kg-1) and TPW (5.07 ± 0.57 g kg-1, p < 0.05), no significant difference was observed between NPW and FPW (p > 0.05). Moreover, no significant difference was observed between TSW and TPW or between TSW and FPW (p > 0.05). Both TSW and NPW had significantly lower soil Fep contents than TPW (0.063 ± 0.02 g kg-1) and FPW (0.088 ± 0.05 g kg-1, p < 0.05), but no significant differences were found between TSW (0.042 ± 0.01 g kg-1) and NPW (0.039 ± 0.01 g kg-1), or between TPW and FPW (p > 0.05).

As shown in Figures 4G-I, the contents of soil Sio, Sid and Sip in the four wetlands decreased in the order TPW > TSW > FPW > NPW. The content of Sio in NPW (0.15 ± 0.04 g kg-1) was significantly lower than that in TSW (0.21 ± 0.09 g kg-1) and TPW (0.26 ± 0.06 g kg-1, p < 0.05), but did not differ from that of FPW (0.21 ± 0.13 g kg-1, p > 0.05). TPW had a significantly higher content of Sid (0.70 ± 0.23 g kg-1) than NPW (0.51 ± 0.21 g kg-1, p < 0.05). However, no significant differences were found among TSW, NPW and FPW, or among TSW, TPW and FPW (p > 0.05). Unlike the Sio and Sid, the contents of soil Sip in the four wetlands were not statistically different (p > 0.05).



Mineral phase indicators of Al, Fe and Si in the four wetlands

Table 2 shows the comparison of mineral phase indicators (Feo/Fed ratio, Fed-Feo, Feo-Fep, Alp/Alo ratio and Alo+0.5Feo) among the four wetlands. There were significantly higher poorly crystalline Fe oxide contents (based on Feo/Fed ratio) in TPW and FPW than in TSW and NPW (p < 0.05), with mean values > 0.2. As shown in Table 2, TSW and TPW had significantly higher crystalline Fe oxides contents (Fed-Feo, 3.73 ± 0.62 g kg-1 and 3.72 ± 0.36 g kg-1, respectively) than NPW and FPW (p < 0.05), but no significant difference was found between TSW and TPW or between NPW and FPW (p > 0.05). FPW has the lowest Fed-Feo content of the four wetlands (< 3 g kg-1). The ferrihydrite content represented by Feo-Fep was significantly higher in TPW and FPW than those in TSW and NPW (p < 0.05), which were higher than 1 g kg-1 in TPW and FPW. As the indicator for the relative amount of Al in organic complexes, the Alp/Alo ratio in TPW (0.12) was significantly lower than that in NPW and FPW (p < 0.05), but showed no significant difference with TSW (p > 0.05). The Alp/Alo ratio in FPW was significantly higher than that in TSW (p < 0.05), but did not significantly differ from NPW (p > 0.05). The content of sesquioxides represented as Alo+0.5Feo in TPW (> 1 g kg-1) was significantly higher than that in TSW and NPW (p < 0.05), but showed no significant difference with that in FPW (p > 0.05).


Table 2 | Comparison of mineral phase indicators in the four wetlands.





Relationships between the two stabilized SOC fractions, Al/Fe/Si oxides, mineral phase indicators and soil properties

The RDA between the two stabilized SOC fractions, Al/Fe/Si oxides, mineral phase indicators, and soil properties is shown in Figure 5. The cumulative percentage of variance of two stabilized SOC fractions was 79.1% of Axis 1 (62.1%) and Axis 2 (17.0%). The two stabilized SOC fractions, SOM, TC, TN, C/N ratio, WC, clay, silt, Al/Fe/Si oxides (except for Sid and Sip), and mineral phase indicators were mainly distributed on the right part of Axis 1, and the two stabilized SOC fractions were highly and positively affected by SOM, TC, TN, WC, clay, silt, Feo, Fep and Alp. The sand content, BD, and EC were located on the left part of Axis 1, and these soil edaphic factors negatively influenced the two stabilized SOC fractions. The correlation analysis also showed that Na2S2O8 resistant SOC was significantly and positively correlated with SOM, TC, TN, clay, WC, Al/Fe/Si oxides (except for Fep, Sid and Sip), Fed-Feo, Feo-Fep and Alo+0.5Feo (Figure 6, p < 0.05), and significantly and negatively correlated with sand (p < 0.05, Figure 6). A significantly positive relationship was observed between H2O2 resistant SOC and SOM, TC, TN, WC, Fe/Al/Si oxides (except for Sid and Sip), as well as Fed-Feo, Feo-Fep and Alo+0.5Feo (p < 0.05).




Figure 5 | Redundancy analysis between the two stabilized SOC fractions, Fe/Al/Si oxides, mineral phase indicators, and soil properties.






Figure 6 | Correlation matrix of the two stabilized SOC fractions with Al/Fe/Si oxides, mineral phase indicators and soil properties. [*Correlation is significant at p < 0.05 level (2-tailed); **Correlation is significant at p < 0.01 level (2-tailed)].



As shown in Table 3, Feo, Sio, Ald, Fed, Alp, Fep, Sip, Feo/Fed ratio, Feo-Fep and Alo+0.5Feo all significantly contributed to the variability of Na2S2O8 resistant SOC and H2O2 resistant SOC (p < 0.01) in 0-5 cm soils. Moreover, Sid and Fed-Feo explained 41% and 46% of the variation of H2O2 resistant SOC (p < 0.05). In particular, the amounts of Feo, Sio, Ald, Alp, Fep, Sip, Feo-Fep and the indicator for amorphous mineral (Alo+0.5Feo) were related to more than 60% of the variability of Na2S2O8 resistant SOC (p < 0.01), with Feo, Sio, Ald, Feo-Fep and Alo+0.5Feo even accounting for more than 80% of the variability of H2O2 resistant SOC (p < 0.001). However, both the variability of Na2S2O8 resistant SOC and H2O2 resistant SOC were independent of the content of Alo and the Alp/Alo ratio (p > 0.05). Additionally, the amount of Sid and Fed-Feo were not related to Na2S2O8 resistant SOC (p > 0.05). In 10-15 cm soils, Alo, Sio, and dithionite extractable Al/Fe/Si oxides each attributed more than 30% of the variability of Na2S2O8 resistant SOC (p < 0.05), whereas the content of H2O2 resistant SOC was independent of Al/Fe/Si oxides and mineral phase indicators.


Table 3 | Coefficients of determination (R2 values) for single linear regressions of Na2S2O8 resistant SOC and H2O2 resistant SOC as a function of variables (g kg-1) in 0-5 and 10-15cm soils in four wetlands (Regressions for 5-10, 15-20 and 20-25 cm soils were not shown as the two stabilized SOC fractions were not statistically different among four wetlands).






Discussion


Mineral contents and mineral phase indicators in the four wetlands

The contents of Al/Fe/Si oxides extracted by acid oxalate, dithionite–citrate and pyrophosphate were much lower than previously measured in both dry tropical forest and tropical rain forest, which is mainly caused by the difference in soil parent material and weathering process (Lorenz et al., 2009). The significantly lower contents of Alo, Feo, Sio, Ald, Fed and Sid in NPW than in TPW indicate that non-crystalline clay minerals and total “free” oxides were more enriched in TPW than in NPW. The significantly higher contents of Alp and Fep in FPW than in NPW indicate that organically-bound Al and the intermediate fraction of organically-bound Fe oxides might play a more important role in SOC stabilization in FPW than in NPW.

The contents of poorly crystalline Fe oxides as indicated by the Feo/Fed ratio in 0-25 cm soils were significantly lower in NPW than in TPW and FPW, indicating that these two wetlands affected by tidal/freshwater flooding had more active Fe oxides. Higher Fed-Feo contents generally represent frequent wet and dry cycles and high weathering intensity (Lorenz et al., 2009), which was confirmed by the current study. In our study, TSW and TPW were affected by tidal oscillations and contained significantly higher poorly crystalline Fe oxides represented as Fed-Feo than NPW and FPW. Additionally, the complexion of Al and organic acids existed in soils of the four wetlands as the content of soil Sio was lower than 0.6 g kg-1 and the Alp/Alo ratio was no less than 0.5 (Lorenz et al., 2009).



SOC stabilization in the four wetlands

The SOC stabilization in the four wetlands affected by different hydrologic conditions was assessed by determining the resistance of SOC against Na2S2O8 and H2O2, which represent stable SOC and functionally passive SOC, respectively. A significant difference in the content of Na2S2O8 resistant SOC was only observed between NPW and FPW or TPW in 0-5 cm soils, and the mean contents of Na2S2O8 resistant SOC and H2O2 resistant SOC in NPW was lower than that in other three wetlands. Therefore, the three wetlands with the intermittent or long term flooding play a more important role in long-term carbon sequestration than NPW.

Long-term accumulation of soil carbon depends on the “net balance” between inputs and outputs in wetland soils (Kirwan et al., 2013). In general, both the aboveground and belowground biomass of P. australis wetlands are higher than those of S. salsa wetlands (Zhang et al., 2020), indicating that the carbon inputs tend to be higher in P. australis wetlands. However, SOM, Na2S2O8 resistant SOC and H2O2 resistant SOC in the soils of TSW were not significantly different from the other three P. australis wetlands in 0-25 cm soils (Table 1 and Figure 2). Moreover, the contents of Na2S2O8 resistant SOC and H2O2 resistant SOC in soils of NPW were significantly lower than those in soils of TPW (H2O2 resistant SOC) and FPW in 0-5 cm soil layer (Na2S2O8 resistant SOC and H2O2 resistant SOC). This shows that decomposition rates and other factors besides litter input caused by different vegetation type importantly controlled the carbon-storage potential more in these four wetlands. For example, the priming effect could lead to a decrease in SOC stock, which accelerates decomposition rates through the stimulation of fresh organic matter inputs (Rüegg et al., 2019). The effects of oxygen availability on SOC stock should also be taken into account as oxygen availability affects microbial activity and ultimately impacts SOC decomposition. Li et al. (2021) found that oxygen availability regulated key determinants of SOC mineralization rate in paddy soils. Undoubtedly, the flooded soil status and the anaerobic soil environment caused by tidal oscillations (in TSW and TPW) and freshwater flooding (in FPW), flooding duration and soil salinity all contribute to the slow decomposition of SOM, and finally result in the accumulation of SOM over time (Chanlabut et al., 2020). This was also shown in our previous study, which confirmed that tidal oscillations benefit soil carbon sequestration (Zhao et al., 2020).



Mineral protection on SOC stabilization and its controlling factors

The protection of nanocrystalline minerals (active Al and Fe) on SOC stabilization has been reported in various soil types such as volcanic soils, dry tropical forest soils and grassland soils (Lorenz et al., 2009; Zhao et al., 2020; Lyu et al., 2021). Soil Al/Fe cations can combine with SOC through electrostatic adsorption, ligand exchange, surface complexation, hydrophobic interaction, hydrogen bonding, and cation bridging, thus forming stable organic carbon components (Catoni et al., 2016). Furthermore, high specific surface area and low crystallinity of Al/Fe oxides affect the adsorption process of organic matter, and the solubility change of redox active metals drives the coprecipitation process of organic matter and metals (Eusterhues et al., 2005; Wiesmeier et al., 2019). Organic particles in soil can be electrostatically adsorbed with Ald and Fed, which reduces the turnover rate of organic matter and promotes the preservation of organic compounds in sediments (Kögel-Knabner et al., 2008; Xue et al., 2020). The significantly positive relationship between Na2S2O8 resistant SOC, H2O2 resistant SOC and Al/Fe/Si oxides (except for Sid and Sip), Fed-Feo, Feo-Fep and Alo+0.5Feo (Figure 5 and Figure 6) indicates that minerals played an important role in the stabilization of SOC. The significantly lower values of Alo, Feo, Sio, Ald, Fed, Fed-Feo, Feo-Fep and Alo+0.5Feo in NPW than in TPW or FPW may explain why lower stabilized SOC fractions were observed in NPW. Amorphous and low-crystalline minerals have a stronger ability to stabilize organic carbon than crystalline minerals by providing a broad surface area and complexing ability, organic biomolecules form metastable and intermediate complexes (Wiseman and Püttmann, 2006; Basile-Doelsch et al., 2007; Paul et al., 2008; Berhe et al., 2012). Thus, the amount of amorphous minerals and crystalline Fe oxides as indicated by the amount of Alo+0.5Feo and the Fed/Feo ratio, respectively, are more important to the protection of two stabilized SOC fractions in 0-5 cm soils (Table 3).

The significantly lower mean contents of Al/Fe/Si oxides (except for Sip) in NPW than in TPW or FPW (Figure 4), and the significantly lower values of mineral phase indicators in NPW than those in TPW indicate that the hydrologic conditions might affect the formation and amount of Al/Fe/Si oxides. Saleh et al. (2013) reported that waterlogging significantly increased the concentrations of acetic acid-extractable Si and Fe in a laboratory experiment. Compared with dry land, flooded paddy soils contained higher contents of Al/Fe oxides, and higher soil moisture in flooded soils can accelerate the association of Fe and SOC (Zhou et al., 2009; Balint et al., 2013). In addition, pH determines the binding site of Al/Fe/Si oxides with SOM, consequently controlling the transformations in the type of soil Al/Fe/Si oxides (Kögel-Knabner et al., 2008; Merino et al., 2017; Gartzia-Bengoetxea et al., 2020). Lyu et al. (2021) found that high soil moisture accompanying low soil pH promotes the formation of nanocrystalline minerals. In the current study, there was a significantly positive correlation between soil WC and Al/Fe/Si oxides and mineral phases (except for Sid, Fed-Feo and Alp/Alo ratio), while pH negatively affected the contents of Al/Fe/Si oxides (Figure 6). Higher soil WC and lower pH in TSW, TPW and FPW than NPW may have promoted the precipitation of Al/Fe/Si oxides and mineral phases to some extent, partly explain the lower Al/Fe/Si oxides contents in NPW than in the other three wetlands.

The interaction between Al/Fe oxides characterized by high activity and clay particles featured with low surface area adsorption can form crystalline or poor crystalline minerals and physically stabilize SOC (Wagai and Mayer et al., 2007; Sarkar et al., 2018). The correlation analysis showed that, except for Alp/Alo ratio, soil Al/Fe/Si oxides and mineral phase indicators had positive correlations with soil clay and silt contents, and had a very significant negative correlation with soil sand (except for Fep, p < 0.05). Additionally, through functioning as binders, Al/Fe oxides can form stable aggregates with clay and silt particles so as to protect SOC (Six et al., 2004). Conversely, a high sand content inhibits the enrichment of Al/Fe oxides, and reduces their protection effects on SOC (Cai et al., 2016). Thus, the lower silt content and higher sand content in NPW are responsible for lower Al/Fe oxides than the other three wetlands to some degree.

Furthermore, the quality of the carbon (specifically, the C/N ratio) and the availability of nutrients influence the reduction and dissolution of Al/Fe/Si oxides in soils (Pallud et al., 2020). Petruzzelli et al. (2005) found that the relatively low C/N ratio (e.g., 9.7) and organic matter content promotes the reduction degree of ferrihydrite and goethite. Thus, it can be concluded that the lower C/N ratio and SOM content might be another reason for the lower contents of Feo, Fed and Fep in NPW than in the other three wetlands.

Martí-Roura et al. (2019) found that some base ions in soil can aggregate with Al and Fe cations and form minerals, a process that is conducive to the enrichment of Al ions and their mineral phases. Our correlation analysis showed that the soil base cations were significantly positively correlated with Al/Fe/Si oxides and mineral phases (except for Feo, Alp, Feo/Fed ratio, Feo-Fep, Alp/Alo ratio and Alo + 0.5Feo). This corresponds to the higher Al/Fe/Si oxides contents in TSW, TPW and FPW (Table 1). Moreover, the correlation analysis also showed that Na+ and Cl- were significantly negatively correlated with Fep, Feo/Fed ratio and Alp/Alo ratio, which may further reduce Al/Fe/Si oxides contents and mineral phases in the NPW. Overall, the deficiency of flooding in NPW might be the reason for lower acid oxalate, dithionite-citrate and pyrophosphate extractable Al/Fe/Si oxides and lower contents of Na2S2O8 resistant SOC and H2O2 resistant SOC.

In brief, soil edaphic factors can indirectly alter SOC stabilization through affecting the formation of Al/Fe/Si oxides and minerals phase. Thereby, it can be concluded that hydrologic conditions posed both direct and indirect effects on the mineral protection aspect of SOC stabilization.



Direct influence of some edaphic factors on SOC stabilization

Numerous studies have shown that environmental variables (i.e., soil depth, moisture, vegetation type, and climate) affected SOC stability (Sierra et al., 2016; Soucémarianadin et al., 2018; Lyu et al., 2021). The quantity and quality of SOM affect soil carbon content by influencing the functional groups and quantity of soil organisms (Chen et al., 2020), while nitrogen input can affect the wetland carbon transformation by improving the productivity and organic matter content of the wetland ecosystem (Bragazza et al., 2006). Neff et al. (2002) reported that long - term nitrogen input through nitrogen fertilization can stabilize the heavier and mineral-associated SOC fractions. This means that high nitrogen content can increase the input of C, and store carbon for a longer period. In this study, Na2S2O8 resistant SOC and H2O2 resistant SOC were significantly and positively correlated with SOM, TC and TN (Figure 6). The contents of TC and TN in NPW were lower than in TSW, TPW and FPW, which may partly explain the generally lower Na2S2O8 resistant SOC and H2O2 resistant SOC contents in NPW than in the other three wetlands.

Among all the edaphic factors, soil texture is particularly important in carbon sequestration. Clay and silt particles combine with soil carbon to form stable clay-organic carbon complexes in soils, which play an important role in preventing microbial oxidation (Six et al., 2002). Cai et al. (2016) reported that fine soil particles (i.e., silt and clay) are capable of stabilizing mineral-related organic carbon and sequestrating persistent SOC. Moreover, Wiesmeier et al. (2014) showed that clay play an important role in maintaining the stability of soil organic carbon. These results support the conclusion that finer soil particles stabilize more SOC than coarser sand particles. The significant relationships between Na2S2O8 resistant SOC and clay (positive), silt (positive), and sand (negative) (Figure 6, p < 0.05) may explain the higher Na2S2O8 resistant SOC accumulation in TSW, TPW, and FPW compared with NPW (Figure 2).

Soil WC could affect soil carbon stability by altering the mineralization rate of SOC (Yin et al., 2019). Ferronato et al. (2019) showed that the decreased oxygen content under long-term flooding and saturated soils reduced the decomposition of SOM. Moreover, soil WC controls the transport of nutrients, the diffusion of enzymes, the movement of microorganisms and the efficiency of microbial utilization of nutrients, further modulating soil carbon stock (Qu et al., 2021). In the current study, Na2S2O8 resistant SOC and H2O2 resistant SOC were significantly correlated with soil WC in a positive way (Figure 6, p < 0.05). The significantly higher soil WC in FPW than in TSW, TPW and NPW may be another reason for higher Na2S2O8 resistant SOC and H2O2 resistant SOC in FPW.




Conclusions

This study explored the changes in the content of chemically separated stable SOC (Na2S2O8 resistant SOC) and functionally passive SOC (H2O2 resistant SOC) and associated mineral protection provide by Al/Fe/Si oxides extracted by acid oxalate, dithionite-citrate and pyrophosphate, respectively, in four typical coastal wetlands under different hydrologic conditions. Compared with NPW, flooding caused by tides in TPW or freshwater in FPW significantly enhanced the contents of both Na2S2O8 resistant SOC and H2O2 resistant SOC in 0-5 cm soil layer. Multiple statistical analyses showed that Feo, Sio, Ald, Fed, Sid, Alp, Fep, Sip, Feo/Fed ratio, Fed-Feo, Feo-Fep and Alo+0.5Feo provided mineral protection on the two stabilized SOC fractions, and some edaphic factors also attributed to the variability of Na2S2O8 resistant SOC and H2O2 resistant SOC. Thereby, the effects of hydrologic conditions on the amount of Al/Fe/Si oxides, the values of mineral phase indicators and edaphic factors (i.e., SOM, TN, pH, WC and soil texture) caused the variations in Na2S2O8 resistant SOC and H2O2 resistant SOC among the four wetlands. Overall, more attention should be paid to the effects of hydrologic conditions on SOC stabilization and their possible impacts on carbon sequestration in coastal wetlands. Furthermore, from the perspective of carbon sequestration capacity, the strategic decision on wetland type selection when conducting a degraded wetland restoration program may refer to the results of this study.
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Coastlines and estuaries as one of the most dynamic systems in the marine environment are influenced by not only natural factors but also various anthropogenic activities, but there have been limited comprehensive studies on the relationship between coastline variation and anthropogenic activities at the watershed and local scales. The Pearl River Estuary (PRE) in China has experienced remarkable coastline variation along with rapid economic development and urbanization. In this study, the coastline of the PRE was extracted using Landsat images during 1987-2017, and the impacts of multiple factors on coastline variation were explored with correlation analysis and regression analysis. Results suggested coastlines of the PRE demonstrated a clear expanding trend over recent decades, and the coastline length had increased by 74.81 km and the land area had increased by 679.25 km2 by 2017, and results also showed rapid coastline variation during 1987-2004 and relatively slow variation during 2004-2017. Artificial coastlines accounted for 80.90% of the total coastline length in 2017, while natural coastlines accounted for only 19.10%. In addition, reduction in the sand content caused by construction of reservoirs and river dredging in upstream areas played a dominant role in affecting natural coastline variation in the PRE, especially on the west coast. Moreover, the artificial coastline in the study area expanded quickly due to the influence of various human activities, among which the urbanization and land reclamation for aquaculture played a dominant role in affecting the artificial coastline variation on the east and west coasts, respectively. Results of this study have important value for understanding the individual and joint effects of various human activities on coastline variation and can provide important reference information for the sustainable management of the PRE as well as other estuaries.
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1 Introduction

As one of the most biologically productive regions in the world, estuaries generally serve as important bases for socioeconomic growth and development (Verdiell-Cubedo et al., 2012; Sundblad et al., 2014; Sui et al., 2020). Coastlines, which serve as a demarcation line between the land and sea, play a fundamental role in affecting the evolution of the environmental conditions in estuaries (Pajak and Leatherman, 2002). On the one hand, estuaries are located in a mixed zone between the river and sea, which experience frequent material exchange and close interaction between runoff and tidal currents and provide favorable habitat conditions (food, temperature, salinity, hydrodynamics) for aquatic organisms (Machado et al., 2016). On the other hand, a number of estuaries around the world have experienced various degrees of coastal erosion and expansion since the 20th century under the influence of anthropogenic factors (e.g., dam construction, sand mining, dredging) and natural factors (e.g., sea level rise, storm surges) (Syvitski and Saito, 2007; Blum and Roberts, 2009). For example, anthropogenic activities, e.g., reservoir and dam construction, sand mining and dredging in river watersheds, have greatly altered the water and sedimentary conditions of rivers (e.g., runoff and sand content) and caused the retreat of coastlines in a number of estuaries (Yang et al., 2004; Fan et al., 2006; Ghoneim et al., 2015). Additionally, the anthropogenic activities in coastal areas, e.g., land reclamation, harbor and channel construction and development of aquaculture, not only consume a large amount of mudflat resources but also greatly change the coastal topography and alter the habitats of benthic animals, fish and birds, which may result in destruction of the coastal ecosystems (Luan et al., 2016). It is therefore of great practical importance to quantitatively analyze the long-term coastline variation to alleviating the conflict between economic development and environmental protection (Zhang et al., 2014; Anh et al., 2021).

In recent decades, remote sensing (RS) and geographic information system (GIS) technologies have provided an important basis for monitoring coastline variation and exploring its driving mechanism (Li et al., 2014; Dua et al., 2021; Skilodimou et al., 2021). For example, numerous scholars have extracted coastline data based on RS and GIS approaches and conducted relevant studies on coastline variation in terms of coastline length, change rates, coastline fractal dimensions, conversions of coastline types and land-sea patterns. Meanwhile the impacts of upstream runoff and sediment changes on the coastline variation have drawn considerable attention in recent decades. Some previous studies have shown the dramatic decrease in the sand content of rivers due to dam construction (Ghionis et al., 2013), sand mining (Siegle et al., 2019), dredging and other anthropogenic activities (Wang et al., 2021) in a number of estuaries, e.g., the Yellow River Estuary (Fan et al., 2006), Yangtze River Estuary (Yang et al., 2004) and Nile River Estuary (Ghoneim et al., 2015), which have led to increased erosion along these coastlines. Additionally, some scholars have revealed coastline variation as a result of anthropogenic activities such as coastal engineering, polder farming, port construction, and land reclamation in coastal areas (Bolam et al., 2006; Luan et al., 2016; Zhu et al., 2016; Anh et al., 2021). For example, Luan et al. (2016) suggested that engineering projects in the coastal areas of estuaries have led to a shift from erosion to siltation along the coastlines of the Yangtze River Estuary, while Thoai et al. (2019) showed that changes in land use have resulted in coastline changes and increased the coastline vulnerability.

Anthropogenic activities have become more complex and diverse along with rapid socioeconomic development in recent decades, and anthropogenic interventions in the basin and estuary have not only reduced the sediment input to the estuary but also changed the location, structure and morphology of the coastline, especially in some estuarine areas of high-intensity land development (Li and Damen, 2010). For example, it has been a strategic choice for many areas to exploit coastal resources after the depletion of land resources in recent decades (Zhang et al., 2022), and anthropogenic activities have played an increasingly important role in controlling the shrinkage and expansion of estuaries, e.g., the Pearl River Estuary (PRE) (Syvitski and Saito, 2007; Bi et al., 2014; Tan et al., 2016; Wu et al., 2018). The PRE is a typical estuary that has been subjected to intense anthropogenic activities, but there have been limited systematic and comprehensive studies on the relationship between coastline variation and anthropogenic activities at the watershed and local scales in this region (Zheng et al., 2020). Meanwhile several studies indicated that the construction of reservoirs and dams is the main cause of coastline and topographic erosion in the basin of the PRE (Ranasinghe et al., 2019; Wei et al., 2021). While some other studies have shown that anthropogenic activities such as land reclamation and coastal engineering have become important factors in the expansion of coastlines and offset the trend of coastline erosion driven by a reduction in river sediment loads in the PRE (Li and Damen, 2010; Zhang et al., 2015; Wu et al., 2018; Hu and Wang, 2020). This suggested there are multiple anthropogenic activities in the watershed and coastal areas that jointly affected the erosion and expansion of the PRE coastline. This study has aimed to reveal the effects of various anthropogenic activities on coastline variation in the PRE. This study used long-term socioeconomic data to reflect the intensity of multiple anthropogenic activities and used statistical methods to identify the dominant anthropogenic activities that significantly influence the coastline variation. The results of this study can provide an important reference for coastline management practices that actively regulate the intensity of anthropogenic activities.



2 Materials and methods


2. 1 Study area

The PRE is located in the southern and central parts of Guangdong Province, China (112°18′08″E~115°01′19″E, 21°42′31″N~22°42′23″N), where the convoluted and complex coastlines have changed significantly during past decades (Figure 1). There are widespread mountains, hills and plains in the estuary region, and bedrock and sandy coastlines are more widespread in the central and eastern parts of the PRE, which offer the natural advantage of excellent harbors. By contrast, the western part of the study area has a large number of silty coastlines with widely distributed mudflats, providing ample land resources for agricultural polders and aquaculture (Ai et al., 2019). The PRE as a pioneering region of the reform and opening up of China has experienced rapid economic development and witnessed the rapidest urbanization in the world over past decades (Ye et al., 2011). For example, the urban agglomeration in the PRE including two first-tier cities of China has been one of the most densely populated and urbanized regions in the world. However, rapid economic development and urbanization have also led to significant expansion of urban land and large-scale land reclamation, resulting in a dramatic increase in artificial coastlines and substantial loss of natural coastal wetlands (Weng, 2002). The imbalance in the coastline composition has considerable negative effects on the ecological safety of the PRE, which has been reflected by the substantial decrease in mangrove forests, shrinkage of natural coastlines and significant changes in the location of the coastlines.




Figure 1 | Location of the Pearl River Estuary.





2.2 Data sources

The remote sensing images for reverting the coastline in this study are shown in Figure 2, and the detailed information for these selected remote sensing images is summarized in Table 1. All of these images were obtained from the Geospatial Data Cloud website (www.gscloud.cn/). In order to reduce the possible influence of tides on coastline extraction, all remote sensing images used in this study were on similar time periods, generally during the neap and normal tide periods in November-December. Besides, images containing fewer than 5% cloud coverage were further selected in order to eliminate the data errors caused by clouds. In addition, the water and sand of the PRE mainly come from three major tributaries, i.e., Beijiang, Xijiang, and Dongjiang, and the last hydrological stations before these tributaries reach to outlets are Sanshui station, Makou station, and Boluo station, respectively. This study acquired the runoff and sand content time series data of these stations between 1987 and 2017 from the Guangdong Provincial Hydrological Bureau and “China Sediment and River Bulletin”. These data were used to approximately reflect the incoming water and sand conditions of the PRE. Moreover, this study collected a series of socioeconomic data from the Guangdong Provincial Statistical Yearbook (http://stats.gd.gov.cn/gdtjnj/index.html), the Macau Statistics and Census Service (http://stats.gd.gov.cn/gdtjnj/index.html ), the Hong Kong Government Statistical Processing (https://www.censtatd.gov.hk/sc ) and some relevant literature, e.g., the gross fishery product (GFP), port throughput (PT), GDP and population density (PD) in different parts of the PRE.




Figure 2 | Remote sensing images of the study area from 1987 to 2017.




Table 1 | Information on the selected remote sensing images from 1987 to 2017.





2.3 Coastline extraction and accuracy assessment


2.3.1 Data preprocessing

All the remote sensing images were preprocessed at the spatial resolution of 30 m with the ENVI 5.2 software. This study carried out radiometric calibration, atmospheric correction and geometric correction in order to eliminate errors due to sensor performance variations and atmospheric and light effects. Besides, this study merged two Landsat scenes to cover the whole study area due to the wide extent of the PRE. In addition, all images were processed with the same projected coordinate system (UTM projection, WGS84 reference system), and false colour composites of bands 3, 4, and 5 for Landsat TM/ETM images and bands 4, 5 and 6 for Landsat OLI images were used to assist with the extraction of coastlines.



2.3.2 Coastline extraction and classification

The modified normalized difference water index (MNDWI) has the highest integrated accuracy and is the best index for automatic coastline mapping (Kelly and Gontz, 2018), and therefore this study firstly used the MNDWI to distinguish water bodies and land based on the preprocessed remote sensing images as follows (Xu, 2006).

	

where Green and MIR represent the pixel values of the green band and the mid-infrared band, respectively. Zero was identified as the best threshold for water-land separation by using receiver operating characteristic (ROC) curves (Fisher et al., 2016), and some previous studies successfully used a threshold of zero to map the extent of land and water bodies (Xu, 2006; Kelly and Gontz, 2018), and this study has therefore used a threshold of zero for image binarization to highlight water bodies. Besides, the automatically extracted coastlines were manually corrected based on Google Earth images. In addition, this study established coastline interpretation markers for classifying the coastlines based on the features shown on the false colour composite images, including hue, texture, location, and shape, with reference to the relevant literature (Zhu et al., 2013; Wang et al., 2014; Hu et al., 2021). Finally, the coastlines of the PRE were classified into six types, i.e., bedrock coastlines, sandy coastlines, silty coastlines, biological coastlines, aquaculture coastlines and other artificial coastlines.

The following principles and interpretation criteria were used to classify different types of coastlines in this study (Table 2). (1) Bedrock coastlines are located on rocky coasts with obvious mountain textures and have low spectral reflectance and a clear and irregular coastline position. They can be demarcated as the junction line between the cape, sea cliff and seawater. (2) Sandy coastlines are located on sandy coasts, having a higher spectral reflectance on the landward side than on the seaward side and showing a high degree of bright white reflectance. These coastlines are relatively straight, parallel to the coast, and are indicated by a bright white stripe with a clear, uniform texture. (3) Silty coastlines are located on the mudflat coast, which generally have an irregular shape and are often grey−black, with a grey or blue−black irregular flaky edge. (4) Biological coastlines consist of mangroves that grow at the high tide position along the tidal flats. These coastlines have low reflectivity, and the interpretation marks are bright red patches or flakes. (5) Aquaculture coastlines mainly consist of artificially built dams used for aquaculture, with regularly shaped aquaculture ponds inside. These are presented as a band of white colour in the images, and the location is determined at the external boundary of the agricultural ponds. (6) The other artificial coastlines, including the harbor, engineering, construction and other categories of coastlines, present as irregular or with a striped bright white colour, and have obvious demarcation lines with seawater. The outer edge of these features is usually taken as the coastline location.


Table 2 | Interpretation signs of coastlines in the study area.





2.3.3 Accuracy assessment

The accuracy of the coastline extraction results was verified with the following steps. First, the extracted coastlines at three equal time intervals (1997, 2007 and 2017) during 1987-2017 were selected to verify the accuracy. Then, we collected historical Google Earth images corresponding to Landsat images in 1997, 2007 and 2017. The location of the coastline was identified and 80 ground control points (GCPs) evenly distributed along the entire coastlines were extracted in the historical Google Earth images for each year. In this way, a total of 240 GCPs were used for the accuracy assessment. Finally, the shortest distance from each GCP to the corresponding coastlines extracted based on Landsat images was calculated using the ArcGIS software, and basic statistic indices such as the mean error, standard deviation and root mean square error were further calculated, which are shown in Table 3. All these statistic indices were within the maximum allowable error extent for the images with the spatial resolution of 30m (Hou et al., 2016). As our extraction method and remote sensing image data source are consistent during 1987-2017, it is reasonable to believe that the coastline extraction results during 1987-2017 are all accurate.


Table 3 | Accuracy analysis results of the coastline extraction from remote sensing images in three periods.






2.4 Exploration of coastline variations

This study explored the coastline variations of the PRE during the study period with a focus on the intensity of coastline variations, fractal dimensions of coastlines, and land area changes. Specifically, this study represented the intensity of coastline variations with the average annual change percentage of the coastline length as follows (Xu et al., 2014).

	

where Lcij is the intensity of coastline variations, and Li and Lj represent the coastline length of the ith year and the jth year, respectively.

The curvature of coastlines were described with the fractal dimension index, which is generally obtained with the grid method as follows (Gagnepain and Roques-Carmes, 1986; Nayak et al., 2019).

	

where N is the number of square grids covering the coastline, with a side length of r; C is a constant to be further determined; and D is the fractal dimension of the coastline to be estimated. The larger the value of D becomes, the more complex the coastline will be.

The land area change near coastlines were explored by estimating the land area of the coastal zone between coastlines in different periods. Specifically, the coastlines during different periods were overlaid to form some enclosed polygons, the area of which was further estimated to reveal the land area change during the focal period (Yang et al., 2019).



2.5 Exploration of effects of driving factors on coastline variation

This study explored the effects of the factors that drive coastline change using two approaches, i.e., correlation analysis and multiple regression analysis. The first approach of this study was to explore the correlation between coastline data and anthropogenic activity indicators from 1987 to 2017 with Pearson correlation analysis. A pairwise correlation analysis of the variation in different types of coastlines and anthropogenic activity factors was firstly conducted, and factors with low correlation values were eliminated in the subsequent modelling process, which was helpful in improving the accuracy of the regression model. It is notable that the land area change can only reflect the variation near the coastlines within a certain time period, which is not comprehensive enough to represent the coastline variation of the whole study area during the study period. This study therefore chose the coastline length as the representative indicator of coastline variation and explored the relationship between coastline length and various driving factors. The second approach was to conduct stepwise multiple regression analysis between the coastline length of various types (the dependent variable) and the anthropogenic activity indicators (the independent variables) (Denis, 2009). Specifically, this study selected the incoming water and sand, port construction, agricultural reclamation, urbanization, and economic development level as anthropogenic activity indicators, which were represented with the runoff volume (RV), sand content (SC), port throughput (PT), gross fishery product (GFP), population density (PD), and GDP, respectively. More specifically, new independent variables were introduced one by one in the stepwise regression analysis, and the F test and t test were conducted to test the significance of the influence of these independent variables. The original independent variables were removed when they were no longer significant due to the introduction of newer independent variables. This process continued until no new independent variables were introduced. Additionally, if the variance inflation factor of an independent variable is >10, that independent variable will be excluded from the output model due to its collinearity to ensure that only significant factors are included in the regression equation.




3 Results and discussion


3.1 Spatiotemporal coastline variation


3.1.1 Length variation in different types of coastlines

The spatiotemporal variation of coastline locations in the study area is shown in Figure 3, which suggests that the coastlines of the PRE changed remarkably during 1987-2017. Specifically, the coastlines changed most significantly in some locations within Jiaomen outlet, Hongqimen outlet, Hengmen outlet, Modaomen outlet, Jitimen outlet and from from Jiaoyi Bay to Shenzhen Bay (Figure 3). Besides, the coastlines in the study area were approximately classified into natural coastlines and artificial coastlines, and Figure 4 shows the length change intensity of different types of coastlines in the PRE during 1987-2017. On the whole, during the study period, the lengths of the overall and artificial coastlines in the study area increased by 74.81 km and 387.52 km, respectively, and the natural coastline decreased by 312.70 km; the changing rates of which were 2.49 km/a, 12.92 km/a, and -10.42 km/a, respectively. In addition, the coastline changes can be divided into two phases, i.e., the rapid growth phase (1987-2004) and the slow growth phase (2004-2017). During the period of 1987-2004, the lengths of the overall coastline, artificial coastline and natural coastline in the study area varied greatly, with the former two increasing by 83.19 km and 338.99 km, respectively, and the latter shrinking by 255.80 km; the intensity of change for these three was 0.45%/a, 3.63%/a and -2.82%/a, respectively. During the period of 2004-2017, the length of the overall coastline and the artificial coastline showed a recurrent fluctuating trend with a slight increase, while the length of the natural coastline continued to decrease by 56.90 km, and the intensity of change for these three was -0.06%/a, 0.42%/a, and -1.58%/a, respectively, slowing down in comparison to the previous period.




Figure 3 | The spatiotemporal variation of coastline locations from 1987 to 2017: (A) from the Jiaomen Outlet to the Hengmen Outlet in the western part of the study area, (B) from the Jiaoyi Bay to the Shenzhen Bay in the eastern part of the study area, and (C) from the Modaomen Outlet to the Jitimen Outlet in the western part of the study area.






Figure 4 | Variation in the coastline length (A) and length variation intensity (B) of natural, artificial and total coastlines in the Pearl River Estuary from 1987 to 2017.



The changes in natural and artificial coastlines varied considerably in different geographic regions due to the heterogeneity of natural conditions and socioeconomic levels within the PRE. Specifically, from 1987 to 2017, the overall length of the natural coastline of the PRE decreased from 533.68 km to 220.977 km, and the natural coastline of the east and west coasts decreased by 24.3 km and 288.403 km, respectively. In other words, the average decrease rates of natural coastlines of the whole PRE, east coast and west coast were 10.42 km/a, 0.81 km/a and 9.61 km/a, respectively. In contrast, the artificial coastline variation can be divided into 2 phases, i.e., the rapid growth phase (1987-2004) and the slow fluctuation phase (2004-2017). In the first stage, the artificial coastlines on the east and west coasts increased by 74.89 km and 264.11 km, respectively, with large-scale land extension to the sea, and the human activities in the PRE mainly included agricultural reclamation, while there was limited engineering construction of towns and roads along the coastlines. In the second stage, the artificial coastlines on the east and west coasts increased by only 24.35 km and 24.17 km, respectively, and the urban and industrial construction in the PRE played a dominant role in affecting the coastline. In fact, the artificial coastline has remained in a stable phase since 2010, which may be due to legislative restrictions.

There was a remarkable difference in the composition of the PRE coastlines among different years, which showed a significant change after 2004 (Figure 5). There was little difference in the proportion of artificial and natural coastlines in 1987, which was 50.70% and 49.30%, respectively, indicating that most of the natural coastlines remained undeveloped during this period. In contrast, the natural coastlines decreased sharply at a rate of 3.55 km/a during 1987-2004, and the artificial coastline increased significantly at a rate of 8.06 km/a. The natural coastlines continued to decrease at a rate of 1.93 km/a after 2004, while the artificial coastlines increased at a rate of 2.85 km/a, the change rates of which both decreased gradually. However, considerable natural coastlines and agricultural polder coastlines were utilized for the construction of ports, towns and roads during this period, which decreased at rates of 8.99 km/a and 3.36 km/a, respectively. Moreover, the engineering coastlines increased rapidly at a rate of 8.08 km/a, which gradually became the dominant part of the artificial coastlines. In fact, the expansion of the artificial coastlines in the study area was mainly at the expense of the silty and sandy coastlines during the whole study period, especially in the coastal zone of the Baoan District of Shenzhen City, where a considerable proportion of silty coastlines was consumed due to the construction of ports and towns.




Figure 5 | Variation in the different compositions of the coastline in the Pearl River Estuary during 1987-2017.





3.1.2 Variation in morphology and land area of coastlines

The overall fractal dimension of the coastlines of the study area increased steadily during the study period, indicating that the geometry of coastlines became increasingly complex (Figure 6). First, the changes in the fractal dimension of the coastlines of the study area can be divided into two phases as follows. The first phase (1987-2007) was characterized by the rapid increase in the fractal dimension of the coastlines due to the gradual fragmentation of the coastline morphology along with the intensified exploitation and utilization of coastal areas by human beings. Specifically, the fractal dimension of coastlines was 1.0007 in 1987, which increased by 0.0034 in 2007, with an average annual change of 0.0002/a. The second phase (2008-2017) was characterized by a slow increase in the coastline fractal dimension, with a total change by only 0.0012 and an average annual change by 0.0001/a, which was primarily due to the limited land reclamation during this period. In addition, the fractal dimension of coastlines of the study area showed a continuous upwards trend over time. However, there were still large differences within the study area (Figure 6), and the ranking of geometric complexity of coastlines within the study area is described as follows: Hong Kong > Zhuhai > Guangzhou > Zhongshan > Shenzhen > Dongguan > Macau. Specifically, the fractal dimension of coastlines in Hong Kong was usually larger, generally fluctuating from 1.002 to 1.006, while that in Zhuhai, Guangzhou and Zhongshan generally fluctuated approximately 1.004. In contrast, the fractal dimension of coastlines in Dongguan and Shenzhen changed only slightly in the early period and continued to rise after 1994 and 2000, which eventually remained at approximately 1.003. Additionally, the fractal dimension of coastlines in Macau was the smallest but showed a slow increasing trend.




Figure 6 | Fractal dimension variations of the coastline in different cities of the Pearl River Estuary during 1987-2017.



The land area of the PRE showed an overall increasing trend during the study period (Figure 7), with a total increase by 679.253 km2 and an average annual growth rate of 22.642 km2/a. Specifically, the land area increased by 109.31 km2, 139.18 km2, 70.77 km2, 51.64 km2 and 96.89 km2 in each consecutive stage during the study years between 1987 and 2004, respectively, which was mainly due to the large amount of polder farming and the expansion of unused areas in the estuary. The increase in the land area slowed after 2004, increasing by 60.22 km2, 56.87 km2 and 68.90 km2 in each consecutive stage during the study years between 2004 and 2013, respectively, and the new land area was mainly used for the construction of towns, ports and roads. The land area increased by only 25.47 km2 after 2013, and the newly reclaimed land area was still used for the expansion of port terminals and industrial land. In addition, the reclamation approach during land area change had significant impacts on the length and morphology of the coastlines. For example, the results of the correlation analysis suggested that the land area change showed a significant positive correlation with the overall coastline length, artificial coastline length and fractal dimension of coastlines, while it showed a significant negative correlation with the natural coastline length.




Figure 7 | The spatiotemporal variations of the land area in the Pearl River Estuary during the period from 1987 to 2017.






3. 2 Impacts of driving factors on coastline variation


3.2.1 Changing trends of the impact factors

Figure 8 shows the changing trends of the impact factors in the whole PRE and the east and west coasts during 1987-2017. The interannual variation in runoff during this period fluctuates greatly, the sand content shows an obvious decreasing trend, and the sand content in 2017 is 82.76% less than that in 1987. Furthermore, the port throughput, gross fishery product, population density, and GDP of the whole PRE all showed a significant increasing trend after 1995, among which the port throughput increased at a rate of 53,185,700 tons/a and the GDP increased by 20 times in the past 30 years.




Figure 8 | Trends of influencing factors impact on coastline variation in the Pearl River Estuary during 1987-2017. The black, blue, and red dashed lines indicate the fitted trends of the influencing factors for the whole PRE, east coast in the PRE, and west coast in the PRE, respectively.



There were significant differences in the changing trends of these impact factors in different parts of the study area. Specifically, the changing trend of the runoff and sand content of the west coast was consistent with that of the whole PRE, which were both significantly higher than that of the east coast. In addition, there was a remarkable difference in the changing trends of the gross fishery product and GDP between these two coasts. Specifically, the gross fishery product was higher on the west coast, which showed a significant increasing trend, while it remained stable overall in recent decades and even showed a slight decreasing trend after 2005 along the east coast. Additionally, the GDP of both the east and west coasts showed an increasing trend, but it was higher on the east coast than on the west coast, the difference between which even tended to become increasingly significant. In addition, there was only a slight difference in the port throughput between the east and west coasts, which showed a similar changing trend. Moreover, the population density of the west coast was significantly higher than that of the east coast before 1995, and thereafter, the population density of the east coast was close to that of the west coast and showed basically the same changing trend.

The correlations between the coastline variation in different types and driving factors in different parts of the study area are shown in Figure 9. The results showed that the natural coastline length of the whole PRE and the west coast were each highly positively correlated with the sand content, with correlation coefficients reaching 0.99 and 0.98 (p<0.05), respectively. Moreover, the natural coastline length of the east coast was moderately positively correlated with the sand content (0.71, p<0.05). This result suggested that the sediment content has a significant correlation with the natural coastline length in different parts of the PRE and should be the dominant factor affecting the natural coastline variation. In contrast, there was a nonsignificant correlation between the coastline length and runoff in the whole PRE as well as along the east and west coasts. In addition, socioeconomic factors, including port throughput, gross fishery product, population density and GDP, were all significantly positively correlated with the artificial coastline length in the whole PRE as well as along the east and west coasts, while they were all significantly negatively correlated with the natural coastline length. Notably, while the correlation analysis revealed the degree of correlation between coastline variation and the different factors driving that variation, it remains necessary to explore the dominant factors driving coastline variation quantitatively in different types.




Figure 9 | Correlation of coastline variations with various factors in: (A) the whole Pearl River Estuary (PRE), (B) east coast in the PRE, and (C) west coast in the PRE.





3.2.2 Impacts of driving factors on natural coastline variation

Figure 10 shows the relationship between the sand content and natural coastline variation as revealed by the stepwise multiple regression analysis. The results showed that the coefficients of all three regression models were significant at the 0.05 level, and the standardized residual plots also showed a high degree of fit for the regression function, indicating that these regression models are reliable. The regression analysis results showed that the sand content was the main factor influencing natural coastline variation in different parts of the study area, and the relationship between the sand content and the natural coastline length in the PRE and on both coasts could be quantitatively described as follows.




Figure 10 | The relationship between natural coastline variations and dominant driving factors based on multivariate stepwise linear regression analysis: (A) the whole Pearl River Estuary (PRE), (C) East coast in the PRE, (E) West coast in the PRE; and the residual plots for regression analysis: (B) the whole Pearl River Estuary (PRE), (D) East coast in the PRE, (F) West coast in the PRE (R2 represents determination coefficient and p represents significance level).



y=931.033x+116.900 (R2 = 0.970, p<0.01) (Pearl River Estuary)

y=240.150x+187.041 (R2 = 0.510, p<0.05) (East coast)

y=957.3x-33.317 (R2 = 0.947, p<0.01) (West coast)

In fact, the overall natural coastline length and sand content of the PRE have decreased remarkably from 1987 to 2017. The variations in natural coastline length and sand content in the PRE and the west coast showed similar synchronous trends, while there was relatively weak correlation between the coastline length and sand content on the east coast. The changing trends and proportion of the sand content in different part of the PRE (Figure 8) suggested that the amount of sediment entering the estuary on the west coast accounted for approximately 76.52% of the total, which, together with the influence of topography, made the sediment material more likely to accumulate on the west coast. In contrast, the amount of sediment entering the estuary on the east coast was generally lower than that on the west coast, where the coastlines are mostly bedrock and siltation is more difficult under the influence of hilly topography, and the limited silty coastlines have been completely occupied by land reclamation after 2004. As a result, the natural coastlines of the east coast have shrunk less significantly than that of the west coast and are overall less affected by the diminishing sand content under the joint influence of environmental attributes and anthropogenic activities.

It is notable that the dominant role of sand content in affecting the natural coastline variation was more obvious during 1987-2000 and thereafter gradually weakened after 2000, while the construction of large reservoirs and dams had significant effects on the sand content. Specifically, the sand content peaked in 1994, which may be related to the increased karstic desertification in the upstream area of the Pearl River basin (Zhang et al., 2012), and the soil erosion made the sand content increase by 0.02 kg/m3 compared to that during 1987-1991. As a result, the rate of the natural coastline shrinkage in the PRE and the east and west coasts during 1991-1994 lessened by 0.1%/a, 0.08%/a, and 0.3%/a, respectively, in comparison to that during 1987-1991. In particular, at least 8,636 reservoirs had been built in the Pearl River basin by the end of the 1990s, which effectively trapped most of the sediment, and the sand content from the upstream of the Pearl River reached only 0.21 kg/m3, which is only approximately 47.86% of that in the late 1980s. As a result, the sediment supply reduction further exacerbated the contraction of the natural coastline. During 1994-2000, the sand content of the PRE and west coast decreased by 0.022 kg/m3 and 0.02 kg/m3 per year, respectively, where the reduction rates of the natural coastline were 16.35 km/a and 15.51 km/a, respectively. The sand content of the Pearl River has decreased at a rate of 0.004 kg/m3 per year under the influence of various reservoirs and dams since 2000, which has declined to 0.18kg/m3 by 2006 and reached only 86.20% of the average value during 1994-2000. Meanwhile natural coastline length of the PRE and the west coast decreased at a rate of approximately 4.38 km/a and 3.38 km/a, respectively. What’s worse, the sand content of the Pearl River has further decreased at a rate of 0.0086kg/m3 per year since the Longtan Reservoir was built, which is twice that during 2000-2006. In particular, the sand content of the Pearl River has reached only 0.10 kg/m3 by 2017, which is only 52.59% of the average value during 2000-2006, and the natural coastline length of the PRE and west coast continuously decreased at a rate of 4.63 km/a and 3.68 km/a, respectively.

These results suggested that the decrease in the sand content disrupted the sedimentary balance of the PRE, and some of the original natural coastlines were eroded due to insufficient sediment supply. Some related studies have also shown that the erosion area of the PRE since the late 1990s is significantly larger than that before the 1980s, and the erosion rate has tripled in comparison to that of the 1980s, primarily resulting from the decrease in the sand content (Wei et al., 2021). This situation has also been be observed in the estuaries of many rivers, e.g., Nile, Mississippi, Mekong, and Ebro (Mikhailova, 2003; El Banna and Frihy, 2009; Blum and Roberts, 2009; Li et al., 2017). Some previous studies have shown that the erosion started when the sand content of the Yangtze River delta decreased by 50% (Yang et al., 2005), while the coastline of the Yellow River estuary have been eroded when the sediment into the estuary decreased by 73.28% (Cui and Li, 2011). In fact, it is notable that the sand content of the Pearl River has decreased by approximately 78.3% so far, and some recent studies have shown that some part of the PRE has been eroded at a decreasing rate (Yang et al., 2019). It is therefore reasonable to assume that the decrease in the sediment load caused by anthropogenic activities played an important role in affecting the natural coastline variation in the PRE.



3.2.3 Impacts of driving factors on artificial coastline variation

Different socioeconomic factors played a dominant role in influencing the artificial coastline variation both in the east and west coasts (Figure 11). Specifically, the artificial coastline variation of the PRE and the east coast were mainly influenced by the population density, which is closely related to the level of urbanization. While the coastline variation of the west coast was mainly influenced by agricultural reclamation during the study period. This study also considered the effects of other impact factors on the artificial coastline variation. However, the results of the regression analysis showed no further significant contribution from these other factors. The relationship between the artificial coastline length and the dominant driving factors in different parts of the study area can be described as follows.




Figure 11 | The relationship between artificial coastline variations and dominant driving factors based on multivariate stepwise linear regression analysis: (A) the whole Pearl River Estuary (PRE), (C) East coast in the PRE, (E) West coast in the PRE; and the residual plots for regression analysis: (B) the whole Pearl River Estuary (PRE), (D) East coast in the PRE, (F) West coast in the PRE (R2 represents determination coefficient and p represents significance level).



y=0.144x+114.984 (R2 = 0.843, p<0.01) (Pearl River Estuary)

y=0.029x+225.262 (R2 = 0.871, p<0.01) (East coast)

y=1.34×10-4x+360 (R2 = 0.729, p<0.01) (West coast)

The coefficients of the variables of these models proved to be valid at a significance level of less than 0.01, indicating that these models are reliable. The residuals of the regression analysis also showed that there was a good fit between the regression functions of the dominant anthropogenic driving factors and the coastline length in each part of the study area, which also indicates the effectiveness of these regression models.

Figure 11 shows that the artificial coastlines increased with the enhancement of the dominant anthropogenic activities during the whole study period. However, the growth rate of the artificial coastlines showed significant variation in different stages. The growth rate of the artificial coastlines for the overall study area and the east and west coasts generally slowed after 2004, 1997, and 2004, respectively. It is inferred that the dominant anthropogenic activities have stage-specific impacts on the artificial coastline. In particular, a large number of coastal mudflat resources were converted into land for aquaculture in the late 1990s when the gross value of fisheries began to increase significantly, and thereafter land reclamation shifted towards urban and transportation construction and industrial development after 2000. Specifically, only very limited mudflat resources at the outlets on the west coast and sides of the Dongbao River Estuary on the east coast were reclaimed for aquaculture and agriculture before 1997, where the gross fishery product increased at a rate of 355.92 million yuan/year and 9.24 million yuan/year, respectively (Figure 8). Additionally, the artificial coastlines of the PRE and the east and west coasts increased dramatically during the whole study period at a rate of 21.42 km/a, 7.08 km/a and 14.34 km/a, respectively. However, the land for aquaculture on the east coast decreased sharply after 2004, and the gross fishery product also decreased from 1.323 billion yuan to 1.025 billion yuan during 1997-2007. Meanwhile a large amount of agricultural land on the west coast was gradually converted into land for aquaculture in pursuit of greater economic benefits after 2007, where the gross value of  fisheries continued to rise sharply at a rate of $585,416,000/year (Figure 8). Thereafter, the rate of the artificial coastline variation on the west coast declined to 1.79 km/a due to the diffusion of land for aquaculture.

Land reclamation was generally carried out in the western part of Dongguan city and Shenzhen city along with the accelerated urbanization on the east coast, leading to a dramatic increase of the artificial coastline on the east coast from 274.18 km to 349.06 km during 1987-2004, a larger portion of which was still used as land for aquaculture. The increase in the artificial coastline tended to level off, with the increasing rate declining to 1.87 km/a after 2004, and a large amount of reclaimed land on the east coast was used for urban and industrial development and transportation construction. In particular, there were generally bedrock coastlines on the east coast, the bedrock coastline also gives the east coast the advantage of having natural harbors. This provides natural conditions for the construction of ports, and the port throughput increased significantly at a rate of 180,525,700 tons/a after 1994 (Figure 8). The coastline on the east coast has been dominated by urban construction, with some supplementary port construction, while the land previously used for aquaculture has been occupied by urban construction by approximately 2008. There has been a relatively higher degree of land development and utilization on the east coast, where the ecological risk has been significantly greater than that of the west coast (Chen and Zhou, 2011). Nevertheless, there has been a high degree of redundant construction and a lack of rational utilization of coastlines on the west coast (Hu and Wang, 2022). It is therefore very necessary to set up some coastline protection and reclamation management categories for the already utilized coastline and reclaimed areas. These management strategies should restrict reclamation activities in the PRE as well as the east and west coasts to clarify the control requirements for various types of coastline and reclamation activities to ensure the rational use of the limited coastlines and reduce the waste of coastal resources in the future.




3.3 Management implications and prospects

Coastline variation in most estuaries worldwide is influenced by a variety of anthropogenic activities. For example, although the Danube estuary is not directly affected by anthropogenic activities to some extent, a series of dam and weir projects on the river and its tributaries resulted in a 50% reduction in the river sediment load, leading to a retreat of the coastline (Stănică et al., 2011). By contrast, the sediment input to the Yangtze River estuary was significantly reduced due to the operation of the Three Gorges Reservoir, but the Yangtze River coastline advanced seaward instead under the construction of coastal projects (Chu et al., 2013). The Yellow River estuary is greatly affected by land reclamation, and the tidal flats along the southern and northern coastlines in 2019 declined to 43% and 27% of their original area in 1984, respectively, resulting in a continuous reduction in tidal width (Li et al., 2021). This indicates that anthropogenic activities in both watersheds and coastal areas can significantly affect the estuarine coastline variation. In this study, multiple anthropogenic activities in the watershed and coastal areas were considered together, and the main driving factors of coastline variation were identified, and there are different dominant driving factors that significantly affect different types of coastlines in the watershed or coastal areas. These results of this study have important implications for the management of estuarine coastlines subject to high-intensity anthropogenic activities.

This study accurately revealed the coastline variation and its dominant driving factors in the PRE, but it is still necessary to carry out more in depth studies in the future. First, this study extracted coastlines based on multitemporal Landsat remote sensing images on adjacent dates, generally during the neap and normal tide periods of November-December, to reduce the influence of tides and consequently improve the remote sensing retrieval accuracy. However, the influence of tides on coastline variation was not fully considered in this study, primarily due to the limit imposed by the 30m resolution of the Landsat images, which is not precise enough (Liu et al., 2017). It is necessary to further explore the influence of tides on coastline extraction based on remote sensing images with higher resolution. Besides, this study primarily focused on the individual and joint effects of various anthropogenic activities on coastline variation since the coastlines in the PRE varied rapidly under the influence of intensive anthropogenic activities, but other factors can also play an important role in affecting the coastline variation. For example, natural events such as storms, hurricanes, ocean currents and sea level rise can also result in significant and rapid coastline variation (Liu et al., 2013; Gonéri et al., 2014; Saïdi and Zargouni, 2019). Nevertheless, the PRE is a typical area greatly affected by intensive anthropogenic activities, which have played a dominant role in affecting the variation in different types of coastlines, and the coastline variation resulting from natural events is very likely to be obscured by these anthropogenic activities (Zhang et al., 2014). It is therefore necessary to further explore the impacts of these natural events on the coastline variation according to specific situations of the study area in future studies. In addition, coastline variation can also alter the runoff, wave and tidal movement patterns on coastal habitats. It is therefore also necessary to carry out further analysis of the effects of coastline variation on the coastal hydrodynamics, water quality, and hydro-ecological processes in future studies to better support the sustainable development of the PRE as well as other coastal areas.




4 Conclusions

This study extracted the coastlines of the PRE based on a total of 20 Landsat ETM, TM and OLI images during 1987-2017 and systematically analyzed the relationship between coastline variation and multiple anthropogenic activities. The main conclusions are as follows: (1) The coastline length of the PRE increased by 74.813 km and the land area increased by 679.253 km2 from 1987 to 2017 under the joint influence of multiple anthropogenic activities, while the growth rate of both became slower after 2004. By 2017, the proportion of artificial coastlines has been as high as 80.90%, while the proportion of natural coastlines has been only 19.10%. (2) In recent decades, the decrease in sand content caused by anthropogenic activities has been the dominant cause of the contraction of natural coastlines in different regions of the PRE, and this phenomenon was more obvious before 2000. Urbanization and polder farming are the main reasons for the expansion of artificial coastlines on the east and west coasts. These results of this study provide an important foundation for understanding the coastline variation under the influence of multiple anthropogenic activities in the PRE and can provide scientific guidance for coordinating anthropogenic activities in upstream and downstream areas of the Pearl River to achieve a balance between the erosion and expansion states of the coastline. This work can also provide a reference for exploring the coastline variation and the associated processes in estuarine areas subjected to highly intense anthropogenic and development activities in other estuaries.
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Estuarine ecosystems interconnect freshwater and marine environments, and comprise multiple highly dynamic and complex microhabitats. The resident microbiota in estuary is influenced by contrasting microenvironmental heterogeneity. However, the bacterial patterns and assembly processes in different microhabitats of estuarine ecosystem are not well studied. Here, we investigated the bacterial diversity, functions and community assembly mechanisms of mangrove soil, river sediment and overlying water in a subtropical estuary. Results showed that similar profiles of bacterial communities existed in the mangrove soil and river sediment and were dominated by Proteobacteria, Bacteroidetes and Acidobacteria. In terms of different microhabitats, the lowest alpha diversity of bacterial communities was found in overlying water and were dominated by Proteobacteria, Actinobacteria and Bacteroidetes. Meanwhile, the functional potential genes associated with carbon metabolisms were also substantially different in the three microhabitats. The relative abundance of genes connected to aerobic carbon respiration was significantly higher in overlying water than in the other two microhabitats. Bacterial communities in river sediments were enriched for genes associated with aerobic methane oxidation. The strong environmental heterogeneity of the three nearby microhabitats shaped the taxonomic and functional composition of the bacterial communities in estuarine ecosystem. Moreover, the plant rhizosphere effect increased the proportion of the dispersal limitation processes in mangrove soils compared to that in river sediments, while the overlying water was fluid and had less environmental selection processes compared to that in mangrove soil and river sediment. The bacterial communities in river sediment construct a more clustered network, while the overlying water network showed the highest complexity. Our findings reveal the differences of bacterial patterns and community assembly mechanisms in distinct microhabitats of estuarine ecosystems, and provide important insights for a comprehensive understanding of the mechanisms to maintain estuarine wetland conservation under environmental changes.
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Introduction

The estuarine ecosystem represents the transition between freshwater and marine environments and is influenced by both aquatic realms (Bernhard and Bollmann, 2010). Due to strong terrestrial-oceanic interactions, estuaries have complex organism community biodiversity of both freshwater and marine origin, composed of microorganisms, aquatic animals, and riparian vegetations (Regnier et al., 2013; Weinke and Biddanda, 2018). Acting as a filter along the land-ocean aquatic continuum, estuaries comprise highly dynamic and complex habitats and play a vital role in biogeochemical processing (Bauer et al., 2013; Rosentreter et al., 2021). In recent years, estuaries have become more susceptible to increasing pressures from growing human activities related to eutrophication, urban construction, and general environmental degradation (Weinke and Biddanda, 2018; Yuan et al., 2019; Zhou et al., 2021). Microbes are the most prevalent organisms in natural ecosystems and are sensitive indicators of ecosystem stress. They constitute aquatic food webs, participate significantly in various biogeochemical cycles, and maintain ecosystem functions (Fuhrman, 2009). Thus, understanding the estuarine bacterial community is of great importance for the sustainability of estuarine ecosystem functions in natural environments (Vasar et al., 2022).

Lying at the interface between the river, marine, and terrestrial ecosystems, estuarine ecosystems comprise some of the most productive ecosystems in the world, and receive large amounts of organic materials and nutrient from ocean and rivers (Regnier et al., 2022). It has been reported that vegetated habitats in estuary sustain the highest rates of carbon sequestration, contributing to climate change mitigation and adaptation (Li et al., 2021). Due to the differences of vegetation types, hydrological conditions and land conversion, the environmental factors in different microenvironments of estuarine ecosystems have very strong heterogeneity (Rogers et al., 2019; Tee et al., 2021; Wang et al., 2021). The sediment microhabitats are kept submerged under overlying water, but the soil microhabitats were alternately exposed and submerged for the hydrological processes in estuaries (Liu et al., 2018b). Compared to nonfluidic sediment and soil, the fluidic overlying water is more susceptible to external environment variables with respect to atmospheric changes and terrestrial hydrologic processes (Liu et al., 2018a; Lei et al., 2020; Liao et al., 2020). The bacterial communities in planktonic and sedimentary microhabitats in estuary could be highly diverse and variable. The underlying sediments and riparian soil exhibit similar properties in some way, while vegetations can selectively enriched specific microbial populations by rhizosphere effects (Yu et al., 2020; Zhuang et al., 2020). Moreover, the confluence of freshwater and tidewater helps to change nutrients and salinity levels, which are main factors controlling the bacterial communities (Cloern et al., 2017; Zhang et al., 2021c). Previous studies have highlighted that microbial communities living in microenvironments differ significantly in community profiles (Jiao et al., 2020; Zhang et al., 2021b). As the central roles of the biological carbon cycles in natural ecosystems, bacteria in estuarine ecosystems carry out the dichotomous functions of carbon inputs and outputs, and the balance between these two processes might shift the ecosystems from carbon sinks to carbon sources (Jansson and Hofmockel, 2020). However, bacterial diversity patterns and the functional changes in nearby microhabitats of estuaries have not been systematically investigated, limiting our understanding of bacterial diversity patterns and functional changes, which are highly relevant to mitigating estuarine degradation and adaptive management of estuarine wetlands under intensifying global changes.

Microbial diversity patterns in natural ecosystems are also driven by community assembly mechanisms, including deterministic and stochastic processes (Ofiteru et al., 2010; Stegen et al., 2013). Revealing the underlying mechanisms that shape microbial community assembly is useful for understanding community stability and ecosystem function (Dini-Andreote et al., 2015; Zhou and Ning, 2017). Based on niche, neutral, and process theories, the ecological models were proposed to investigate the assembly mechanisms of the microbial community. The stochastic, deterministic and undominated processes operate the microbial assembly mechanism simultaneously (Chase, 2010). Furthermore, a conceptual framework was proposed and exhibited that community assembly mechanisms are five ecological processes (Vellend, 2010). Under this framework, the stochastic processes were categorized as homogeneous selection or heterogeneous selection, and the deterministic processes were categorized as homogenizing dispersal and dispersal limitation (Vellend, 2010). Many studies have reported ecological assembly processes in river, lake, marine, and soil habitats. For example, environmental preferences could result in habitat filtration and selection. It was found that heterogeneous selection was the most important assembly process in acid mine drainage lakes (She et al., 2021). Heterogeneous selection and dispersal limitation are two domain assembly processes in the plant rhizosphere soil of grassland (Zhong et al., 2022). In addition, co-occurrence network method was applied to uncover potential interactions of bacterial taxa, and elucidate the patterns ranging from pairs of taxa to complex communities (Barberán et al., 2014). Although many recent studies have been conducted on microbial assembly in many aquatic and terrestrial habitats, the different microhabitats of estuarine ecosystems are poorly studied. Such knowledge is essential for increasing the understanding of the assembly mechanism of microbial communities in estuarine ecosystems.

Based on the variation of oxygen and water fluxion along the transition zone from waterward to landward, the estuarine sedimentary compartments were divided into sediments and riparian soils (Wang et al., 2021). The flowing water not only acts as a carrier of sea and upper river substances, but also serves as the exchange medium for soil and sediment (Battin et al., 2009; Zhang et al., 2022). It is generally accepted that both microhabitat type and physicochemical parameters are key factors shaping the microbial community (Lozupone and Knight, 2007). Different microhabitats may impose different stresses (e.g., oxygen, rhizosphere effect, or fluidity of environmental media) that drive community assembly processes, thus altering the species co-occurrence patterns and carbon cycling. Therefore, we chose a typical subtropical estuarine ecosystem with the riparian zones wholly covered by mangroves as our study area. The purpose of this study was to explore (1) the bacterial community profiles and functional differences of mangrove soils, river sediments, and overlying water in estuarine ecosystems; (2) the dominant ecological processes governing the assembly mechanisms and species interactions of bacterial communities in different microhabitats. Given the contrasting environmental heterogeneity of the three microenvironments, we hypothesized that bacterial taxa exhibited distinct carbon cycling function and community assemblage processes in different habitats.



Methods


Study area and sampling strategy

Our study area was conducted at the Zhenhai Bay (21°44’00″ to 21°56’30″N, 112°24’00″ to 112°33’00″E) of Guangdong Province, China (Supplementary Figure 1), which located in subtropical zone. The annual precipitation of the Zhenhai Bay is 2683 mm and the annual air temperature is 23.7°C. In this study area, the tide is an irregular semidiurnal tide, and the riparian zones are covered with natural mangroves. We chose six sites in the river center and established sampling belts from river center to riparian zone (Supplementary Figure 1). The riverway distance between each sampling transect was about three kilometers. A more detailed description of the sampling sites is provided in Table S1. Paired overlying water and surface river sediment samples were collected synchronously from the river center. The mangrove soil samples were collected parallel to each sampling site from riparian zones, respectively. At each location, three replicates of the water samples were randomly collected at a depth of 0.5 m by Ruttner sampler (Hydro-Bios, Altenholz, Germany) and combined at each sampling location. Microbial samples of water samples were collected by filtering water through 0.22 μm Millipore polycarbonate membranes and immediately frozen in dry ice (-80°C) in the field. The remaining water samples were acid fixed and stored at -4°C for chemical analyses. For sediments and soils, three replicates of samples were randomly collected and combined at each site using a pre-cleaned grab sampler. Microbial samples of soil and sediment samples were connected in a 45-mL sterile centrifuge tube and immediately frozen in dry ice in the field. The remaining soil and sediment samples were air-dried and stored for the determination of chemical properties.



Physicochemical analyses

Environmental variables were measured according to the methods used in our previous studies (Ren et al., 2020). At the time of sampling, a multiparameter instrument (YSI ProPlus, Yellow Springs, Ohio, USA) was used to measure the pH and electrical conductivity (EC) of water samples in the field. Dissolved organic carbon (DOC) levels in the water samples were determined by a Shimadzu TOC analyzer (TOC-VCPH, Shimadzu Scientific Instruments, Columbia, MD, United States). Total nitrogen (TN) and total phosphorus (TP) in the water samples was analyzed by colorimetric method after oxidation according to EPA 300.0 and 365.3. For soil and sediment samples, pH and electric conductivity was measured in a 1:2.5 and 1:5 air-drying samples to distilled water ratio using pH and conductivity meter respectively (Yang et al., 2012). The soil total carbon (TC) and nitrogen (TN) contents were determined by air-drying samples and sieving them to 2 mm, before determination by combustion (Thermo Fisher Scientific Flash Smart Elemental Analyzer, Bremen, Germany). An ICP AES Optima 8000 instrument (PerkinElmer, Waltham, MA, USA) was used to measure the TP.



Molecular methods

The total genomic DNA of water samples was extracted from the filter using DNeasy PowerWater kit (QIGEN, Germany) according to the manufacturer’s instruction. For soil and sediment samples, the total genomic DNA was extracted from ~0.5 g samples using DNeasy PowerWater kit (QIGEN, Germany) according to the standard instruction. The forward primer (343 F 5’-TACGGRAGGCAGCAG-3’) and reverse primer (798 R5’-AGGGTATCTAATCCT-3’) were used amplify the V3–V4 variable regions of the 16S rRNA genes (Nossa et al., 2010). According to manufacturer’s instructions, the PCR amplifications for each DNA sample were performed using the following procedure as our previous study (Ma et al., 2022). Amplified DNA was purified using the Gel Extraction Kit (Qiagen, Hilden, Germany) and then validated by Agilent 2100 Bioanalyzer (Agilent Technologies, Palo Alto, CA, United States) and quantified by Qubit 2.0 Fluorometer (Invitrogen, Carlsbad, CA, United States). The amplicon libraries were sequenced on an Illumina MiSeq platform (Illumina, Inc., San Diego, CA, USA) according to standard instructions.

Raw sequence data were trimming firstly, to detect and cut off ambiguous bases and low-quality sequences (average quality score below 20) by using Trimmomatic (version 0.35) (Bolger et al., 2014). Then, the assembly of paired-end reads were generated by FLASH software (Magoc and Salzberg, 2011). Quality filtering of raw sequences was processed using the QIIME 1.9.1 (Caporaso et al., 2010; Bokulich et al., 2013). The obtained gene tags were compared with the Silva database (version 138.1) to remove the chimera sequences (Quast et al., 2013). Based on trimming sequences, operational taxonomic units (OTUs) were further clustered at 97% identity threshold against the Silva database (Schloss, 2009). At last, the sequences of all samples were homogenized to equal depth (48948 per sample), prior to further analysis. Raw sequence data can be accessed at the China National Center for Bioinformation (GSA: CRA007468).



Bioinformatic analysis

Based on the sequences data, the alpha diversity indices were calculated and the significance of each index among groups was tested and visualized using test line regression tools in Hiplot (https://hiplot.com.cn). The Beta-diversity (Bray-Curtis distance) was calculated and Adonis test was performed in the “vegan” package (version 2.5-7) in the R statistical software to illustrate the community dissimilarity and the principal coordinates analysis (PCoA). The biomarkers of bacterial communities (Wilcoxon test < 0.05, threshold > 4.0, Kruskal–Wallis test < 0.05) were identified by using least discriminant analysis (LDA) method (Segata et al., 2011). To assess the relationship between the environmental variables and bacterial communities, redundancy analysis (RDA) was performed in the “vegan” package (version 2.5-7) in the R statistical software.

Based on the PICRUSt (phylogenetic investigation of communities by reconstruction of unobserved states, version 1.0) analysis of the 16S rRNA gene sequence data, the functional profiles of the bacterial communities in this study were predicted (Langille et al., 2013). The nearest sequence taxon index (0.082 for bacteria) in this study was calculated, indicating a high accuracy of the PICRUSt prediction (Langille et al., 2013). By using the predicted metagenomes, the KEGG orthologs (KOs, https://www.genome.jp/kegg/) were clustered and different pathway levels (levels 1–3) were calculated. Then, the KOs associated with the carbon cycles in microhabitats were further extracted (Supplementary Table 2) and the relative abundance of each pathway was calculated (Lauro et al., 2011). The figure of carbon conversion step was modified from (Lauro et al., 2011) and (Llorens-Mares et al., 2020).

To analysis the community assembly processes in each microhabitat in this study, we firstly constructed the phylogenetic trees in the FastTree (Version 2.1.11) software based on 16S rRNA gene sequences (Price et al., 2009). Then, we divided the taxonomic groups based on phylogenetic relationships between OTUs (12-48 OTUs) to improve the accuracy of community assembly processes inferring in the ‘iCAMP’ package (Ning et al., 2020). The bin size (24) and threshold of phylogenetic distance (0.05) were determined by phylogenetic signal. Based on 1000-times randomization of the taxa across the tips of the phylogenetic tree, the beta net relatedness index (βNRI) and Raup–Crick metric (RC) was likewise calculated to obtain the relative importance of five community assembly processes: homogeneous selection, homogeneous dispersal, dispersal limitation, heterogeneous selection (variable selection), and undominated (including ecological drift, diversification, weak selection, and/or weak dispersal. This framework uses the threshold described to divide community assembly processes (Ning et al., 2020). Finally, the relative importance of ecological processes to community assembly at the subcommunity and bin levels was ascertained.

The bacterial co-occurrence network analysis was established in this study. The OTUs dataset was simplified firstly with the retaining only OTUs of relative abundance > 1% in all samples (Barberán et al., 2014). Secondly, based on the OTU levels, the possible pairwise Spearman’s rank correlations were calculated, and connections mean strong (Spearman R > 0.8 or R < -0.8) and significant (P- adjust < 0.05) correlation were extracted by using Benjamini and Hochberg (BH) methods (Benjamini and Hochberg, 1995). At last, the Gephi software (WebAtlas, Paris, France) was used to visual network patterns and calculate network topological parameters (Bastian et al., 2009). All statistical tests described were performed in the R environment (Version 4.1.1) (R Core Team, 2017).




Results


Alpha and beta diversity

A total of 881064 clean reads were obtained after quality filtering, and 24705 OTUs were divided according to the 97% similarity threshold in this study. Rarefication curves approached a plateau, confirming that adequate sequencing depth was achieved (Supplementary Figure 2). Among the OTUs identified, 5676, 4282 and 1573 (mean OUT number in each group) were specific to the mangrove soil, river sediment and overlying water, respectively, and 2837 were shared between the three microhabitats (Supplementary Figure 3). However, the most shared OTUs between each two matrices were found in the mangrove soil and river sediment, which was much higher than the shared OTUs between each with overlying water.

The alpha diversity of bacterial communities in coexisting microhabitats was calculated based on the OTUs (Figure 1). The results showed that, the community richness of the mangrove soil, river sediment and overlying water was between 6166 and 7105, 6079 and 6479, 1586 and 2593, respectively. The one-way ANOVA analysis was used to identify the significant differences in alpha diversity indices among groups. The observed OTUs, Shannon, Chao1 and phylogenetic diversity indexes were significantly (p < 0.05) lower in overlying water samples than in the other two microhabitat samples, and no significant difference was found between the mangrove soils and river sediments. In total, these findings indicated that the similarities of OTUs only existed in the mangrove soil and river sediment, and the overlying water had more unique community diversity.




Figure 1 | The alpha diversity indices of the bacterial communities in the mangrove soil, river sediment and overlying water. (A) observed OTUs; (B) Shannon diversity; (C) Chao1 diversity; (D) Phylogenetic Diversity. Significance of the one-way ANOVA tests: ns, not-significant; **p < 0.01.



Principal coordinates analysis (PCoA) was applied to investigate the heterogeneity of the samples (Figure 2). The first axis revealed that the planktonic bacterial communities differed significantly (p < 0.05) from the sedimentary bacterial communities. According to the Adonis test, the community dissimilarity of bacteria was affected by the differences of microhabitats (R = 0.61, p < 0.001). The results demonstrated that overlying water and river sediment samples were different, although they were collected from the same sites.




Figure 2 | Principal Coordinate Analysis (PCoA) analysis of taxonomic composition of bacterial communities using Bray–Curtis dissimilarity based on the relative abundance of OTUs. Adonis test: p < 0.001, R =0.61.





Bacterial composition and functional prediction

At the phylum level, Proteobacteria was dominant (mean relative abundance, 67.84%) in all samples, followed by Bacteroidetes (10.85%), Actinobacteria (6.32%), Acidobacteria (3.48%), Gemmatimonadetes (2.89%), Firmicutes (2.02%), Nitrospirae (1.86%), Epsilonbacteraeota (0.85%), Spirochaetes (0.60%), and Chloroflexi (0.58%); these top 10 bacterial phyla constituted 97.29% of the average relative abundance (Supplementary Figure 3). Furthermore, the distinct bacterial community compositions of the three habitats (mangrove soil, river sediment and overlying water) are shown in Figure 3A. The Proteobacteria and Actinobacteria phyla had the highest relative abundances in overlying water, while other phyla were lowest compared to mangrove soils and river sediments. Proteobacteria was dominant, with mean relative abundances of 61.40% (mangrove soil), 65.13% (river sediment), and 76.98% (overlying water). However, Bacteroidetes was more abundant in mangrove soil and river sediment, with mean relative abundances of 14.56% and 10.19%, respectively, and Actinobacteria was more abundant in river sediment, with a mean relative abundance of 11.24%. The least discriminant analysis (LDA) method was applied to calculate the linear discriminant analysis effect size (LEfSe) of taxonomic differences between the three microhabitats (Figure 3B). Eleven, 21 and 20 biomarkers (LDA > 4.0, p < 0.05) were identified in the mangrove soil, river sediment and overlying water respectively and the discriminative taxa are shown in Figure 3C. Moreover, the phyla Deltaproteobacteria, Gammaproteobacteria and Alphaproteobacteria, were the main biomarkers in the mangrove soil, river sediment and overlying water microhabitats respectively.




Figure 3 | Relative abundances of bacterial phyla in distinct microhabitats (A). The cladogram of bacterial communities obtained using LEfSe analysis (B). The lineages with linear discriminant analysis (LDA) score of the abundance of taxa (C). Letters (a, b, and c) indicate significant difference of p < 0.01 between the sources (one-way ANOVA test). Only the taxa that LDA value above 4.0 are shown.



The biogeochemical cycling potential mediated by bacterial community in the three microhabitats were predicted using PICRUSt, and the genetic potential of the conversion steps associated with carbon cycle (Figure 4, Supplementary Table 2). The abundance of genes related to carbon cycling processes in mangrove soils was similar to that in river sediments. Compared to mangrove soil, only aerobic CH4 oxidation was significantly (p < 0.05) enriched in river sediments (Figure 4A). Moreover, all genes for the carbon cycle except for aerobic respiration in water were significantly (p < 0.05) lower than genes in mangrove soil and river sediment, indicating distinct patterns in overlying water (Figure 4B). The aerobic respiration of overlying water showed the highest abundance in the carbon cycles in the three microhabitats. In addition, the relative abundance of aerobic CH4 oxidation in river sediment was higher than that in mangrove soil, which might imply methane production potential in the two microhabitats (Figures 4C, D).




Figure 4 | Relative abundance of genes response to carbon processes for bacterial communities (A). The genetic potential for each conversion step in the carbon cycles in overlying water (B), mangrove soil (C) and river sediment (D) microhabitats. The width of each arrow line is proportional to the relative abundance of the KEGG orthologies associated with the pathways. The dotted lines represent the conversion step without marker genes being detected.





Assembly processes and co-occurrence networks

The community assembly mechanism comprised of stochastic and deterministic processes was further revealed in the three microhabitats (Figure 5). The main ecological processes of overlying water were driving by the undominated and homogeneous selection processes (Figure 5). Homogeneous selection and dispersal limitation were the main processes for both river sediment and mangrove soil, revealing higher deterministic components for sedimentary substances rather than fluid water. Furthermore, the assembly mechanisms of the bacterial communities in mangrove soil and river sediment microhabitats were similar, but there were some differences. A higher proportion of the deterministic component (heterogeneous selection and homogenous selection) was found in river sediment than mangrove soil (Figure 5). Thus, the bacterial community assembly mechanism may be more complicated due to plant establishment.




Figure 5 | Relative importance of different ecological processes to bacterial community assemblies in different microhabitats.



To investigate the potential interactions between microbial communities of different microhabitats, three co-occurrence networks were constructed (Figure 6), and the topological characteristic parameters were calculated (Table 1). The network edge and node number of the three microhabitats gradually declined from the river sediment and mangrove soil to the overlying water, indicating that the complexity of community networks is different in the whole estuarine ecosystem. The overlying water network had the highest clustering coefficient and the lowest average path length, which suggests that the overlying water bacterial network was more complex with the OTUs more interconnected than mangrove soil and river sediment networks (Figure 6C). The network complexity (represented by the number of edges and nodes) was different between the mangrove soil and river sediment networks, with the river sediment network showing the highest complexity (Figure 6B). The average degree was higher in river sediment than in mangrove soil (Table 1). Meanwhile, the average path length and modularity were higher in mangrove soil than in river sediment, indicating that the mangrove soil bacterial network had a more clustered topology (Figure 6A).




Figure 6 | The co-occurrence networks of bacterial communities colored by phylum in mangrove soil (A), river sediment (B) and overlying water (C) microhabitats.




Table 1 | Major topological properties of the ecological networks of bacterial communities three microhabitats.





Environmental drivers

The community diversity and composition revealed the discrepancy of bacterial communities in the three microhabitats, and the effects of physiochemical factors on bacterial communities in each microhabitat were further revealed by db-RDA (Figure 7). As a result (Supplementary Table 2), TC (p < 0.05) were identified as key drivers affecting the bacterial communities in mangrove soil and positively correlated with RDA1. Moreover, the EC (p < 0.05) and TN (p < 0.05) showed significant effects on bacterial communities in river sediment. For overlying water, EC (p < 0.05) and TP (p < 0.05) had significant effects on bacteria. The two axes explained 69.02%, 71.35% and 84.51% of the relationship between environmental parameters and the bacterial communities in the mangrove soil, river sediment and overlying water samples, respectively.




Figure 7 | Distance-based redundancy analyses (RDA) of bacterial communities in mangrove soil (A), river sediment (B) and overlying water (C).






Discussion

The mangrove soil, river sediments, and overlying water microenvironments are nearby and highly interconnected microhabitats in the estuarine ecosystem. In these microhabitats, microorganisms play key roles in the function of biogeochemical and hydrological cycles. It is, therefore, important to understand how bacterial communities inhabiting different microhabitats, and how distinct environmental conditions drive assembly mechanisms in each microhabitat. In this study, we systematically investigated the diversity, community composition, assembly process and function of bacterial communities in mangrove soil, river sediment and overlying water in a subtropical estuary.


Variations in bacterial diversity, structure and function

As expected, distinctions in bacterial communities in the three microhabitats were found, indicating that the diversity and composition of microbial communities were substantially different in distinct microhabitats (mangrove soil, river sediment and overlying water). In our study, the mangrove soil and river sediment microhabitats shared the highest OTUs in the estuarine ecosystem (Supplementary Figure 2). The bacterial communities in these two microhabitats had significantly higher alpha-diversity than in those in overlying water samples, which was in agreement with previous studies (Liu et al., 2021; Zhang et al., 2021b; Dang et al., 2022; Zhang et al., 2022). Soils and sediments recruit and subsequently exchange microbes with surrounding areas, which are considered to be the cause of the main discrepancy between watery and sedimentary (soil and sediment) microhabitats in aquatic systems (Zhang et al., 2021b; Zhang et al., 2022). However, it was interesting that there was no significant difference in alpha diversity between mangrove soil and river sediment microhabitats in this study (Figure 1). Due to tidal processes, the sediment microhabitats are kept submerged but the soil microhabitats were alternately exposed and submerged in estuarine ecosystems (Liu et al., 2018b). In our study area, the sediment samples were collected in the river center, which is in perpetual anaerobic conditions. Consequently, the results suggested that the submerged condition had no significant effects on the bacterial alpha diversity but may have effects on the composition of bacterial community. Previous studies have demonstrated that nutrients and environmental variables significantly drive microbial community diversity and composition in aquatic environments (Kaestli et al., 2017; Jones et al., 2018). In our study, the major bacterial phyla of the mangrove soil, river sediment and overlying water microhabitats were similar, while their relative abundances differed in distinct microhabitats (Figure 3A). The Proteobacteria and Bacteroidetes phyla are known to be dominant surface colonizers in aquatic ecosystems, and are involved in the cycle of carbon rich substances in aquatic habitats (Chaudhry et al., 2012; Jiang et al., 2019; Ren et al., 2022). Furthermore, Actinobacteria was identified as a specific phylum in water, which was proven in other aquatic ecosystems (Hoshino et al., 2020; Chao et al., 2021). In addition, we observed that Bacteroidetes was significantly enriched in the mangrove soil samples, which may be due to the plant rhizosphere effect (Chaparro et al., 2014; Chen and Gu, 2017).

The diversity patterns of bacterial communities in different microhabitats also influence microbial carbon metabolism (Yu et al., 2022). In overlying water, the enrichment of aerobic respiration genes is likely a reflection of high cyanobacteria (Ren et al., 2022). Due to the turbulent flow of the estuary and the oxygen exchange of water-air, the genes related to the aerobic carbon respiration process are enriched in overlying water compared to the soil and sediment (Figure 4). In contrast, based on the absence of light and isolation from the atmosphere, the bacteria in river sediment microhabitats exhibited strong anaerobic carbon fixation and fermentation processes. The microorganisms of soil and sediment are usually supplied by heterotrophic and lithotrophic metabolisms in natural ecosystems (Bond-Lamberty et al., 2018; Liu et al., 2021). The chemolithotrophy might supplied for the anaerobic carbon fixation in river sediment microhabitats, and particulate organic carbon would be decomposed into smaller molecules by bacteria, ultimately to CO2 (Christner et al., 2014). Finally, the bacteria in river sediments showed higher the methane production potential than those in mangrove soils, which might decrease the carbon function of estuarine ecosystems.



Assembly processes and species interactions of the bacterial communities

Unraveling the community assembly of communities is a critical topic in microbial ecology, especially for different habitats (Ning et al., 2020). Microhabitat shifts could cause distinct community diversity and structure of bacterial communities as previously proven in our study, and change the balance between stochastic and deterministic community assembly processes (Zhong et al., 2022). The contribution of deterministic components to the assembly of overlying water, mangrove soil, and river sediment bacterial communities increased in turn (Figure 5). This might be mainly due to the fluidity differences of the three environmental media (Zhang et al., 2022). Estuarine ecosystems are highly connected with river and marine ecosystems, and the fluidity of microorganisms in water microhabitats leads to the highest contribution of homogeneous selection and the lowest dispersal limitation compared to mangrove soil and river sediment microhabitats (Wang et al., 2015; Isabwe et al., 2018). Furthermore, we found that the contribution of dispersal limitation to the assembly of the sediment microbial community was lower than that in the mangrove soil. This may be attributed to the moderate mobility of sediments due to the transporting effect of overlying waterflow (Wu et al., 2013; Liu et al., 2018a). Additionally, the rhizosphere effects in mangrove soil microhabitats play important roles in community assembly mechanisms. The bacterial communities in river sediments were structured more by heterogeneous selection processes than those in mangrove soil. This difference could be explained by the riparian vegetation; the higher heterogeneous selection processes in sediment microhabitats lead to increased dissimilarity between bacterial communities (Vieira et al., 2020; Ma et al., 2022; Zhong et al., 2022). Consequently, the fluidity of microorganisms and the vegetation rhizosphere effect play major roles in bacterial community assembly in different microhabitats in estuarine ecosystems.

Microbial networks are useful for exploring potential interactions between species (Freilich et al., 2018). In the present study, the co-occurrence patterns of microbial communities in mangrove soil, river sediment and overlying water microhabitats were explored (Figure 6). Significant differences were found in the compositions and structures of the three microbial co-occurrence networks, suggesting that microhabitats had significant influence on the co-occurrence networks of bacteria. Based on the analysis of the overall network topology, overlying water had the highest connectance property in the estuarine ecosystem, which indicated that the water microhabitat had more efficient biochemical cycles. The highest modularity of the mangrove soil microhabitat suggested more complexity and stability of vegetation ecosystems (Zhong et al., 2022). Thus, this implied that the rhizosphere effect of mangroves improved the stability of bacterial communities (Shi et al., 2016; Poosakkannu et al., 2017; Tian et al., 2018).



Impacts of physicochemical factors on estuarine bacteria

The environment of the estuarine system is affected by the interaction of the sea and land (Wang et al., 2019). Previous studies have shown that physicochemical factors regulate the community diversity, structure and function of microorganisms (Ren et al., 2019; Sun et al., 2020). In this study, different significant factors were found in distinct microhabitats (Figure 7). Along the river estuary, bacteria are highly controlled by the EC and nutrients, which is in agreement with other estuaries (Chi et al., 2021; Liu et al., 2021; Zhang et al., 2021a). Interestingly, TC and TN were important variables in shaping the bacterial communities of mangrove soil microhabitats, whereas EC and TP were the main factors of river sediment and overlying water microhabitats. There may be two reasons for this result. First, the plant growth of mangrove soil microhabitats requires more nutrient substances and further influences the microbes by the rhizosphere effect (Zhuang et al., 2020; Zhong et al., 2022). In addition, compared to mangrove soil, the sediment microhabitat is submerged continually, and more susceptible to the salinity of the tidal overlying water in the estuarine system (Xu et al., 2020; Zhang et al., 2021c). These findings suggest that the microhabitat discrepancy was the largest source of the variations in bacterial diversity and community composition.




Conclusion

Our study revealed that bacterial communities from adjacent microhabitats have differential patterns and assembly processes in a subtropical estuary. It was found that similar profiles of bacterial communities existed in the mangrove soil and river sediment and the overlying water had the lowest alpha diversity. Functional potentials suggested that the aerobic carbon respiration would be more enriched in water than in the other two microhabitats based on the oxygenated environment. Bacterial communities in river sediments were enriched for genes associated with aerobic methane oxidation. The results indicated distinct taxonomic and functional composition in mangrove soil, river sediment and overlying water. Moreover, the plant rhizosphere effect increased the proportion of the dispersal limitation processes in mangrove soils compared to that in river sediments, while the overlying water was fluid and had less environmental selection processes compared to that in mangrove soil and river sediment. The bacteria of the river sediment microhabitat construct a clustered network, while the overlying water network showed the highest complexity in the estuarine ecosystem. The contrasting bacterial diversity and structure reflected that the strong environmental heterogeneity of the three microhabitats shapes the function and community assembly of the bacterial community. Overall, our study reveals differential patterns and assembly mechanisms of bacterial communities in distinct microhabitats of estuarine ecosystems, and improves comprehensive understanding of maintaining estuarine wetland conservation under environmental changes.
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In the exploitation and development of the muddy coastal zone in Lianyun New Town, Jiangsu Province, much coastal silt soil (CSS) has been formed through reclamation projects, which is difficult to use. The proportion of wild Suaeda glauca increased significantly and became a dominant species in CSS modified by sea-sand mulching (Treated CSS, TCSS), but it was still affected by saline-alkali stress. To use S. glauca efficiently to improve TCSS, high-throughput sequencing technology and conventional soil analysis methods were adopted to investigate the rhizosphere microbial community structure of S. glauca and the physico-chemical properties of TCSS as well as its internal correlation. The results showed that TCSS had low organic matter content, poor nutrients such as N and P, and poor fertility retention. TCSS was still affected by mild or moderate saline-alkali stress, and the total Ca was greater than 1%, so the soil properties indicated a calcareous saline-alkali soil. The growth of S. glauca can reduce soil salinity and increase soil TN content, and its rhizosphere bacterial community was significantly different from that of bulk soil without S. glauca: the rhizosphere was significantly enriched with C-cycle-related bacterium such as organic matter degrading bacteria mariniflexile, photobacterium Sphingomonadaceae, and N-cycle-related bacterium such as nitrogen-fixing bacteria Azoarcus, denitrifying bacteria Pseudomonadaceae; the symbiotic relationship of rhizosphere bacterial community in S. glauca tended to be more complicated, and the functions of nitrogen-respiration, photo-nutrition, and methyl-nutrition were enhanced. Based on the above results, it is reasonable to predict that the interaction between S. glauca and its rhizosphere bacteria in TCSS could promote the process of soil carbon and nitrogen cycles, as to accelerate soil substance transformation and increase soil fertility, thus driving the benign development of TCSS. The results lay a theoretical basis for developing muddy coasts and promoting the precise improvement of TCSS by large-scale cultivation of S. glauca in the local area.
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1 Introduction

The coastal intertidal/supratidal zone is in the ecotone between terrestrial and marine ecosystems (Gómez et al., 2016). As the most sensitive area for energy and material exchange in the atmosphere, water, soil, and biosphere (Von Glasow et al., 2013; Jiang et al., 2015; Ariel et al., 2021), it is one of the most vulnerable areas in terms of being affected by intensive human activities and changes in land use (Murray et al., 2019; Huang et al., 2020a). With the rapid economic development of China’s coastal areas, there is a large influx of people to the eastern coastal zone, and the population growth rate of the eastern coastal provinces reached 10.4% in the last decade (2010-2020), ranking first in China (China 2020 census: Provincial level data and context, https://www.newgeography.com). With the rapid growth of population, the gap in land resources is constantly increasing, which makes the task of improving the saline-alkali soil in the coastal zone extremely urgent. In Jiangsu Province, 97% of the coast is muddy. The soils of these muddy coasts (coastal silt soil, CSS) are classified as intertidal/supratidal silt soils, with deep primary salinization, leading to significant difficulties in the improvement thereof (Zhou, 2015; An et al., 2022). To control the construction cost of soil improvement, a reclamation project in Lianyun New Town, Lianyungang City relied on covering CSS with sea-sand forming a new treated CSS (TCSS) for soil improvement. Although the salt stress level of TCSS decreased significantly, plants still grew sparsely thereafter and were still difficult to use effectively.

The method of soil remediation through plant-microbe interactions is the most popular and efficient green biotechnology. Plant growth can influence soil microbial community composition and diversity by adjusting the soil microenvironment (Zhang et al., 2010; Yan et al., 2018), changing the biological metabolic function of the rhizosphere microenvironment (Chi et al., 2021), further affecting the material cycle and ecological function of the saline-alkali soil environment (Li et al., 2020). Among them, bacteria are the most abundant microbiota in the soil, and they are very diverse in metabolism. Therefore, bacterial diversity is an important biological indicator reflecting environmental disturbance and changes in ecosystem quality (Bouchez et al., 2016; An et al., 2022). Liu et al. (2020) found that the bacterial community related to energy metabolism in the rhizosphere soil of S. salsa growing in intertidal habitats was higher than that in non-rhizosphere soil, while the richness of bacterial community related to carbohydrate and amino acid metabolism decreased; He et al. (2022) restored the biodiversity of the degraded Beidaihe coastal wetland by planting S. salsa, among which the rhizosphere of S. salsa was mainly enriched with dominant bacterial community with functions of aromatic compound degradation; Yuan et al. (2016) found that the genomes of rhizosphere bacteria and endophytic bacteria related to S. salsa were riched in genes that were conducived to adaptation to salt stress, absorption of nutrients, and increased root colonization competitiveness. These studies show that there is functional bacterial community in the rhizosphere of salt-tolerant plants that can help regulate soil material cycling, plant growth, and resist environmental stress. The growth process of salt-tolerant plants not only changes the microbial community structure of the rhizosphere, but also can reduce soil salt-based ion content, improve soil physico-chemical characteristics, and increase soil productivity. For example: Yang et al. (2019) found that S. salsa grows in the soil with total salt content of 233.97 t·ha-1, and its biomass reaches 1035.88 g·m-2 at harvest, which can take away 2.70 t·ha-1 of total salt (including Na+, K+, Ca2+, Mg2+, Cl-, SO4
2-, NO3-); Lin et al. (2005) found that planting S. salsa can increase soil organic matter by 43% and soil total nitrogen by 18% in saline-alkali soil, while increasing the number of active bacteria and fungi by five and sixteen times, respectively.

The authors have explored wild plants species growing in TCSS in Lianyun New Town since 2018-2021, and found that S. glauca is the only dominant plant specie that can form a single vegetation community in the TCSS, while other plants grow scattered and do not form a distinct community. Therefore, S. glauca was regarded that may be used as the preferred local species for improving TCSS. At present, the dominant microbial community structure of the rhizosphere enrichment of wild S. glauca grown in TCSS and its mechanism of adaptation to the saline-alkali environment remains unclear. We hypothesized that a large number of beneficial bacteria with the function of carbon and nitrogen biotransformation would be enriched by the cultivation of S. glauca, and their interaction with the plant could promote soil improvement. Conducting research in this regard is conducive to the efficient use of the interaction between the rhizosphere bacteria and S. glauca to improve TCSS more effectively.

In the present research, the rhizosphere bacterial diversity and soil physico-chemical properties of wild S. glauca in TCSS were evaluated, the mechanism of S. glauca as a dominant local species in TCSS was explored, and the improvement effect and ecological function of S. glauca growth on TCSS were revealed.



2 Materials and methods


2.1 Description of sampling area and sample collection

The sampling area (within the range of 50m in diameter from the coordinate point E119°27′, N34°79′) lies in the coastal area of Lianyun New Town, Lianyungang City, Jiangsu Province (
Figures 1A, B
). The soil type is TCSS, which is formed by sea-sand modification project (2015) covering silty sea-sand (to a height of about 0.5 m) on the original coastal silt soil, with a total area of 383.7 ha. 
Figure 1C
 demonstrates that S. glauca forms a dominant single vegetative community in this plot. From August to September 2020, bulk soil (TCK) and root-soil of S. glauca (TSG) naturally grown in TCSS were selected as test objects (
Figure 1C
), with a total of two groups of samples, with three replicates in each group.




Figure 1 | 
(A, B) Location information of sample plot ((A) It shows the general location information of the sample plot in China; (B) It shows the specific location information of the sampletes plot in Lianyungang City, Jiangsu Province); (C) Photograph showing a TCSS sample plot.




Evenly pull out S. glauca, shake off the bulk soil attached to the roots, and then a sterilized brush was used to place the soil within the root surface of S. glauca into a sterile sampling bag, the collected soil was S. glauca rhizosphere soil (TSG, for DNA extraction); the soil around the S. glauca roots within 10 cm of the root radius (TSG, for determination of soil physico-chemical properties) and the bulk soil without plants growth (TCK, for DNA extraction and determination of physico-chemical properties) was taken with a sterilized shovel, and placed in different sterile sampling bag. The depth of all the collected soil samples ranged between 50 and 150 mm. At the same time, for each repetition of the sample, the soil with the same weight as the five adjacent sampling points was selected and mixed evenly. The collected samples were stored and transported in dry ice, and frozen at -80 °C. In addition, 10 whole plants of S. glauca were excavated for salt-content assay.

In order to show the difference between the CSS (E119°22′, N34°76′) and TCSS, the CSS bulk soil (CK) and the soil around the roots of S. glauca growing on CSS (SG) were collected at the same time, and the collection method was the same as above. The soil samples of CK and SG were collected for the determination of physico-chemical properties, and some of the physico-chemical indexes were published in An et al., 2022.



2.2 Analysis of soil physico-chemical properties and plant salinity

The detection methods of soil physico-chemical properties included: total salt was measured by weighing deionized soil suspension with a soil to water ratio of 1:5 (w/v) (Lv & Li, 2010); electrical conductivity (EC) was measured by conductivity meter (SX731, Shanghai Sanxin, China) using deionized soil suspension with a soil water ratio of 1:2 (w/v); pH measurement by pH meter (PHSJ-4F, Shanghai Leici, China) using deionized soil suspension with a soil to water ratio of 1:2.5 (w/v); cation exchange capacity (CEC) was measured according to Chinese National Standard HJ 889-2017; total nitrogen (TN) was measured according to Chinese National Standard LY/T 1228-2015; total organic carbon (TOC) was determined at 1350 °C by infrared induction instrument (CS844, Leco, US) after pickling soil samples; available potassium (Avail. K) in soil was extracted by neutral ammonium acetate solution (1 mol·L-1), and its content was determined by atomic absorption spectroscopy (AA-6300C, Sgimadzu, Japan); available phosphorus (Avail. P) in soil was extracted by sodium bicarbonate solution, and its content was determined by molybdenum antimony colorimetry (Olsen et al., 1954); total calcium (Total Ca) content of the digestion solution, as soil digested by perchloric acid hydrofluoric acid, was determined by atomic absorption spectroscopy (AA-6300C, Sgimadzu, Japan); available magnesium (Avail. Mg), available calcium (Avail. Ca) and available sodium (Avail. Na) were determined by AB-DTPA extraction solution (Soltanpour, 1985; Malathi & Stalin, 2018) using atomic absorption spectrometry (AA-6300C, Sgimadzu, Japan); the content of water-soluble   was determined by EDTA titration (Belle-Oudry, 2008); moisture content (MC) was calculated by “MC (%) = ((weight of wet soil - weight of dry soil)/weight of wet soil) * 100” formula; soil bulk density (SBD) was calculated by “SBD (g·cm-3) = G·100/(V·(100 + MC))” formula, formula “V” denoted the volume of the ring cutter (100 cm3), “G” denoted the weight of wet soil in the ring cutter; specific gravity was determined by using pycnometer (Siebel & Kott, 1937); porosity was calculated by the formula “soil porosity (%) = (1 - soil bulk density/specific gravity) * 100”.

The collected plants were washed and dried at 40 °C, and ground separately according to the above-ground/underground parts (through a 100-mesh sieve), then different parts of the plants were heated and acidized respectively, and the total sodium and total potassium therein were determined using an atomic absorption spectrometer; the content of Cl- was measured according to the Mohr method (Shukla & Arya, 2018).



2.3 Soil total DNA extraction and high-throughput sequencing

Soil total DNA was extracted using the soil DNA extraction kit (MOBIO DNeasy PowerSoil Kit), and the details of the method of extraction were referred to the manufacturer’s instruction. Nossa et al. (2010) showed that 16S rRNA gene V3-V4 hypervariable region bacterial genomic DNA was amplified using primers, V3-V4 universal primers: 343F-5’-TACGGRAGGCAGCAG-3’; 798R-5’-AGGGTATCTAATCCT-3’. High-throughput sequencing was conducted on the Illumina Miseq platform at Shanghai OE Biotech Co., Ltd, China.



2.4 Data processing and statistical analysis

The physico-chemical properties of soil samples were statistically analyzed in SPSS 22.0 (IBM, USA) software and further descriptive, variance, and Pearson correlation analysis were performed. Column graphs of plant salt content were plotted using Origin 8.0 (OriginLab, USA) software.

In order to realize the readability of sequencing data, the following processing will be performed: firstly, the original sequence cuts off the Barcode sequence and Primer sequence by Trimmomatic 0.35 software (Bolger et al., 2014), and then uses Flash 1.2.11 software (Magoč & Salzberg, 2011) to splice the reads of each sample, and the spliced sequence is the original Tags data (Raw Tags); then, Raw Tags uses QIIME 1.8.0 software (Caporaso et al., 2010) for strict filtering to obtain high-quality Tags data (Clean Tags); finally, the UCHIME 2.4.2 software (Edgar et al., 2011) is used to remove the chimeras in the sequence. Vsearch 2.4.2 software was used to cluster the above high-quality screening sequences into operational taxonomic units (OTUs) at a similarity level of 97% (Rognes et al., 2016). The QIIME software was used to select the representative sequences of each OTU, and all the representative sequences would be compared and annotated using the database. The 16S sequence was aligned with the Greengenes database, while species alignment annotation was performed using the RDP classifier software (Wang et al., 2007), and the annotation results with confidence interval greater than 0.7 were obtained.

The indices of bacterial alpha diversity were calculated by using QIIME. Data visualization analysis was carried out using R 3.2.3 software, including drawing of the Venn diagram and community composition column stacking diagram; non-metric multidimensional scaling (NMDS) analysis, anosim tests, and redundancy analysis (RDA) were also performed, as to analyze bacterial community beta diversity and its association with environmental factors; combined use of the WGCNA data package in R and Gephi 0.9.2 software facilitated bacterial co-occurrence network analysis. The bacterial function was predicted using FAPROTAX software.




3 Results


3.1 Analysis of soil physico-chemical properties

The results of soil physico-chemical index determination are listed in 
Table 1
. Different from the heavily coastal saline-alkali soil properties of bulk soil in CSS (An et al., 2022), the total salt content of bulk soil in TCSS (TCK) is between 1 and 2 g·kg-1, EC and salt-based ion (SO4
2-, Avail. Na, Avail. K, and Avail. Mg) contents are low; the pH of TCK (≈ 9.5) is relatively high; the fertility indices of CEC, TN, TOC, and Avail. P are poor; MC and SBD are lower, while the porosity is higher; the total Ca content is more than 1%. Pearson correlation analysis (
Table S1
) of soil physico-chemical properties shows that there is a positive correlation between soil salt-stress-related environmental factors (total salt, EC, SO4
2-), fertility-related indicators (CEC, TN, TOC), available cations (Avail. Na, Avail. K, Avail. Mg), as well as physical parameters (MC, SBD); the aforementioned environmental factors are negatively correlated with porosity, pH, avail. Ca, and total Ca; porosity, pH, Avail. Ca, and total Ca were positively correlated. The results showed that the alkalinity in the TCSS soil was significantly positively correlated with the soil Ca content; on the other hand, the loss of most salt-based ions (e.g. Na, K, and Mg) and nutrients, is significantly correlated with soil porosity.


Table 1 | 
Physico-chemical properties of soil.




Compared with the bulk soil, the trends in the physico-chemical properties of TSG in TCSS were akin to that of SG in CSS (
Table 1
). The similar trend is such that the physico-chemical properties of the soil around S. glauca roots in both soils showed significant decreasing changes in total salt and pH, and increasing TN content. Among them, the decrease of soil salinity is related to salt absorption by S. glauca. The total amount of salt-based ions (Na+, K+, Cl−) detected in the aboveground and underground parts of S. glauca grown in TCSS, accounted for 16.587% and 8.816% of the dry weight of their respective parts, respectively (
Figure S1
). The results show that S. glauca grown on TCSS can help soil desalination and increase soil nitrogen content.



3.2 Bacterial diversity analysis


3.2.1 Bacterial diversity and correlation analysis with environmental factors

Alpha diversity represents the diversity of samples, which can represent the diversity of each sample within the habitat, and the results are shown in 
Figure 2A
. According to Chao1, Observed_species, Shannon, and Simpson data, there were no significant differences in bacterial richness and evenness among TCSS samples (TCK, TSG). However, the bacterial diversity of each grouping consisted of different bacterial community structures. The Venn diagram (
Figure 2B
) showed that the shared OTUs between the two groups only account for 42% of the total OTUs; Beta diversity is displayed by non-metric multidimensional scaling (NMDS) analysis, which reflects the diversity between samples, as shown in 
Figure 2C
. The dimension divides the two groups of samples into two relatively independent regions and being in different regions suggests that there is a certain difference in community composition between samples. Both the Venn diagram and the NMDS analysis results proved that the bacterial community composition in the rhizosphere of S. glauca was significantly different from that in the bulk soil (ANOSIM, P< 0.01).




Figure 2 | 
(A) Analysis of alpha diversity (The different lowercase letters of the same index in different sample groups indicate that there is a significant difference between the groups in this index [according to Duncan’s significance test, P < 0.05)]; (B) Venn diagram showing the number of shared/unique OTUs between two groups of samples; (C) NMDS diagram showing bacterial community differences between two sample groups; (D) RDA diagram showing the correlation between bacterial community composition and environmental factors in the two groups of samples.




Redundancy analysis (RDA) was conducted on the bacterial community composition structure and environmental factors of the two groups of samples. The soil pH, total salt, and TN with significant differences between the two groups were selected as environmental factors, and the RDA results are displayed in 
Figure 2D
. In RDA, the variable ray is extended, the sample is projected vertically on the ray, and the value of the environmental variable increases along the direction of the variable arrow. The results indicated that the bacterial community composition of TCK was positively correlated with environmental factors related to saline-alkali stress (total salt and pH); while TSG was positively correlated with TN. Therefore, the rhizosphere bacterial community composition of S. glauca in TCSS was related to the decrease in saline-alkali stress and accumulation of nitrogen.



3.2.2 Analysis of bacterial community composition

The horizontal sequences at all levels were classified from phylum to genus, and the community composition results at dominant phylum and genus levels are illustrated in 
Figure 3
. There were 44 phyla in the bacterial sequence. The abundance difference between the two samples (
Figure 3A
) of the phyla TOP15 was evaluated, and the results found that the dominant phyla (relative abundance > 1%) between the two samples were similar. Among them, Proteobacteria, as the most dominant phylum in the two samples, had an abundance exceeding 60%; the difference was that the abundance of Deltaproteobacteria in TSG was decreased. In addition, compared with TCK, the abundance of Bacteroidetes and Actinomycetes in TSG increased, while the abundances of Acidobacteria and Nitrospira decreased, which was similar to the trend of bacterial community composition in the rhizosphere of S. glauca in original CSS (An et al., 2022). The results showed that the growth of S. glauca in different habitats enriched similar bacterial communities, suggesting that the formation of specific bacterial communities was closely related to plant types.




Figure 3 | 
(A) Abundances of the dominant TOP 15 phyla in two groups of samples; (B) Abundances of the dominant TOP 20 genera in two groups of samples (① and ② use different abundance scales).




In order to more clearly describe the difference of genus-level community composition between the two groups of samples, the community composition of top-20 genera of the two groups of samples was visualized using a heat map (
Figure 3B
). Marinobacterium (TCK 6.56% > TSG 1.47%), Woeseia (TCK 2.26% > TSG 1.19%), and Subgroup_10 (TCK 3.49% > TSG 1.67%) were dominant genera in both groups (relative abundance > 1%). In addition, Kordiimonas (1.60%) and Desulfuromusa (1.24%) were dominant genera in TCK. The dominant genera of TSG included Gammaproteobacteria Azoarcus (2.72%), Pseudomonas (2.16%), C1-B045 (1.84%), Aquicella (1.18%), Methylophaga (1.05%); Alphaproteobacteria Roseovarius (1.20%), and Pelagibius (1.17%); Bacteroidetes Mariniflexile (2.08%), Flavobacterium (1.27%), Acidobacteria Acanthopleuribacter (1.32%), etc. The results indicated that the rhizosphere soil of S. glauca enriched more dominant bacterial populations than the bulk soil, which may have important ecological functions.



3.2.3 Analysis of bacterial species with significant differences between groups

In order to further determine the different information of bacterial communities between groups, the differential species (named Biomarkers) that contribute significantly to the differences between groups were further studied by Linear discriminant Effect Size (LEfSe) analysis. Among them, the linear discriminative analysis (LDA) score was adopted to estimate the contribution of different species to the difference between groups. The bigger the absolute value of the LDA value, the greater the influence of the species as a significantly different species on the difference in bacterial diversity between groups. In this study, the LEfSe analysis histogram (
Figure 4
) demonstrated significantly different bacterial taxa (P< 0.05) with an absolute value of LDA score exceeding 4.




Figure 4 | 
Column diagram of LEfSe analysis for two groups of samples (“p” denotes phylum-level; “c” denotes class-level; “o” denotes order-level; “f” denotes family-level; “g” denotes genus-level; the length of the columns represents the effect size of the significantly different species, which is plotted according to the LDA score (log_10)).




As shown in 
Figure 4
, only in the smallest taxonomic rank, the biomarkers in TCK include g_Marinobacterium (belonging to f_Nitrincolaceae, o_Oceanospirillales) and g_Subgroup_10 (belonging to f_Thermoanaerobaculaceae, o_Thermoanaerobaculales, c_Thermoanaerobaculia, and p_Acidobacteria). Biomarkers in TSG consists of g_Azoarcus (belonging to f_Rhodocyclaceae, o_Betaproteobacteriales), g_Mariniflexile (belonging to c_Bacteroidia, p_Bacteroidetes), f_Sphingomonadaceae (belonging to o_Sphingomonadales), o_Rhizobiales, and f_Pseudomonadaceae (belonging to o_Pseudomonadales). The results showed that there were more biomarkers in the rhizosphere of S. glauca than those in bulk soil, and these biomarkers may play a vital role in the bacterial community structure of the corresponding groupings.



3.2.4 Co-occurrence network analysis of bacterial communities

The bacterial community co-occurrence network of the two groups of samples was established at the genus level (
Figure 5
). Compared with TCK, the number of nodes, number of edges, average degree, average path length, and other indices of bacterial communities in TSG were higher (
Table 2
). The finding indicated that the bacterial co-occurrence network structure in rhizosphere of S. glauca was more complex. On the contrary, the modular level of rhizosphere bacterial groups in S. glauca was low (
Table 2
), indicating that the network modules of rhizosphere bacterial groups in S. glauca were relatively dispersed. Moreover, central nodes with high degree (> 30) and tight centrality (> 0.15) in collinear networks represent different bacterial genera (
Tables S2, S3
). Obviously, the co-occurrence network structure of the bacterial community in the rhizosphere of S. glauca and the bulk soil differs, while the co-occurrence relationship of the bacterial community in the rhizosphere of S. glauca is more complex.




Figure 5 | 
Co-occurrence networks between bacterial taxa based on genus at the Phylum level according to the Pearson correlation coefficients in sample TCK and TSG (Nodes labeled with the same color indicate that different genus belonged to the same bacterial Phylum; node size indicates link numbers with other nodes and larger sizes indicate more link numbers; the edge represents the connected line between two nodes with significant correlation (Pearson’s correlation coefficient > 0.6, P< 0.05); the red and green lines within the two nodes in the networks represent positive and negative correlations, respectively.).





Table 2 | 
Co-occurrence network properties within bacterial taxa in two groups of samples.






3.2.5 Predictive analysis of bacterial community function

The FAPROTAX database can be used to annotate prokaryotic microbial metabolism or other ecologically related functions (e.g. nitrification, denitrification, and fermentation) (Louca et al., 2016). In this study, the bacterial community functions of two groups of samples were predicted based on the FAPROTAX database. The results of functional prediction of the top-30 are shown in 
Figure 6
. The chemoheterotrophy and aerobic_chemoheterotrophy functions of bacterial communities in the two groups of samples were dominant; in addition, fermentation, N metabolism related (e.g. nitrate_reduction, nitrate_respiration, nitrogen_respiration, and nitrite_respiration), pathogen related, and phototrophy related (e.g. phototrophy, photoheterotrophy) were dominant in both groups of samples (relative abundance > 1%). The difference is that compared with TCK, the functional abundance of aerobic_chemoheterotrophy in the rhizosphere bacterial community of S. glauca was reduced significantly, while the functional abundance of phototrophy (photoheterotrophy) was increased by more than 1%; at the same time, the functional abundance of N metabolism (nitrate_reduction, nitrate_respiration, nitrogen_respiration) and methylotrophy-related (methylotrophy, methanol_oxidation) in the rhizosphere bacterial community of S. glauca increased (
Table S4
). These results implied that the functions related to N metabolism and C cycling (phototrophic and methylotrophic) of the rhizosphere bacterial community of S. glauca were activated to differing extents, which could accelerate soil material circulation.




Figure 6 | 
Relative abundance histogram of TOP-30 bacterial community function prediction based on FAPROTAX for two groups of samples.








4 Discussion


4.1 Characteristics of bacterial community in rhizosphere soil of S. glauca and its driving effect on carbon and nitrogen cycle


4.1.1 Characteristics and action process of rhizosphere-associated carbon cycle bacterial communities in S. glauca


Carbon is the element with the largest demand for microbial cells. The dominant bacteria involved in the carbon cycle in bulk soil (TCSS) include organic matter degrading bacteria such as Marinobacterium (Koshlaf et al., 2020) and Kordiimonas (Zhang et al., 2016; Girard et al., 2020) (
Figures 3B
, 
4
). Among them, Marinobacterium is a bacterium that is enriched in the bulk soil and has the highest abundance at genus level, as a type of moderately halophilic bacteria, it is highly dependent on salinity (Koshlaf et al., 2020). In other words, the bulk soil without S. glauca grows more halophilic organic matter degrading bacteria. Salt is the main factor affecting the composition of TCSS bulk soil bacterial community structure (
Figure 2D
), which distinctly affects the biodiversity of organic matter degrading bacteria.

The difference is that, in the TCSS environment with S. glauca growing, plant root exudates produced by plants lead to greater enrichment of organic matter degrading bacteria (Lai et al., 2011; Zhang et al., 2020). In addition, the salt content of the soil around the roots of the S. glauca was significantly reduced (
Table 1
), which was also conducive to the increase in the types of organic matter-degrading bacteria with dominant abundance in the rhizosphere (
Figure 3
), including Bacteroidetes (Mariniflexile, Flavobacterium), some Gammaproteobacteria (e.g. C1-B045), and Actinobacteria (Cockell et al., 2009; Puttaswamygowda et al., 2019). Among them, Mariniflexile is more enriched in the rhizosphere samples of S. glauca (
Figure 4
). An et al. (2022) explored the rhizosphere bacterial communities of three dominant salt-tolerant plants S. glauca, Tripolium vulgare, and Phragmites australis in CSS. Their results found that Mariniflexile was the dominant abundance of bacteria enriched only in the rhizosphere of S. glauca. These organic substances degrade bacteria, mainly Mariniflexile, and when enriched in the rhizosphere of S. glauca, can activate the soil C cycle and strengthen the utilization of soil organic matter, thus laying a material foundation for the enrichment of more functional bacteria in the rhizosphere of S. glauca.

In addition to the enrichment of organic matter degrading bacteria, methyl trophic bacteria and photosynthetic bacteria with carbon activation and carbon capture functions were enriched (An et al., 2022), which played an essential role in soil carbon cycle and energy metabolism, including C1 compounds (e.g. methanol) and CO2 fixation (Kolb, 2009; Hunger et al., 2011). The results of bacterial community functional prediction indicated that the bacterial functions of phototrophic and methylotrophic were also improved in rhizosphere of S. glauca (
Figures 6
, 
S4
). Among them, the rhizosphere of S. glauca was significantly enriched in Methylophaga (
Figure 3B
), which could conduct carbon assimilation with C1 compound as the sole growth substrate (Boden, 2012), realizing carbon emission reduction and increase in carbon-sink capacity. In addition, the rhizosphere of S. glauca was significantly enriched with a variety of photosynthetic bacteria, including the dominant bacterium Roseovarius (1.20%), and the dominant differential species f_Sphingomonadaceae (containing high abundances of Erythrobacter 0.77%) (
Figures 3B
, 
4
). Roseovarius and Erythrobacter contain bacterial chlorophyll A, which can grow in aerobic, but no oxygen production, and confers photosynthetic functions (Jiao et al., 2003; Jiao, 2012).



4.1.2 Characteristics and action process of rhizosphere-associated nitrogen cycle bacterial communities in S. glauca


The nitrogen cycle is an important part of the material cycle of coastal ecosystem, which is of great significance for maintaining coastal ecological balance and promoting coastal restoration (Kuypers et al., 2018). The content of TN in the bulk soil of TCSS was poor, while the content of TN in the soil around the root of S. glauca was significantly increased (
Table 1
). The TN content was the main factor influencing bacterial community composition in rhizosphere of S. glauca (
Figure 2D
), and functional bacteria involved in nitrogen cycling were significantly enriched in the rhizosphere of S. glauca (
Figures 3B
, 
4
), including: Azoarcus with nitrogen fixation (Raittz et al., 2021), and Pseudomonas with both denitrification and dissimilatory nitrate reduction to ammonium (DNRA) pathways (Su et al., 2012; Huang et al., 2020b). Meanwhile, the abundance of the nitrifying bacteria Nitrospirae in the rhizosphere of S. glauca decreased, but still dominated the bacterial community (TOP 7, 0.83%) (
Figure 3A
). Nitrogen fixation, nitrification, and denitrification are the most important processes in the nitrogen cycle (Seitzinger, 1988; Laverman et al., 2007; Wei, 2012). The rhizosphere of S. glauca grown in TCSS enriched the N-cycle functional bacteria which were significantly different from that grown in bulk soil, which helped to achieve soil nitrogen accumulation and was beneficial to plant growth and soil fertility improvement.

In addition to being beneficial to nitrogen accumulation, the nitrogen cycle activated by the rhizosphere bacterial community of S. glauca also helps maintain soil biogeochemical cycles and drives coastal material transformation and energy metabolism. In this study, the nitrogen respiration-related functions of the rhizosphere bacterial community of S. glauca were significantly enhanced (
Figures 6
, 
S4
). The reduction reaction of nitrogen respiration and the oxidative reaction of organic matter degradation under hypoxic conditions were coupled by electron transport (Boyd, 1995; Bulseco et al., 2019), which jointly promoted the biogeochemical cycle in the soil. In addition, the   content in TCSS was relatively low due to the cover and modification of sea-sand (
Table 1
). In addition to the leaching effect, bacterial groups characterized by the reducing function of sulfur-containing compounds were enriched in the bulk soil of TCSS without plant growth (
Figures 3
, 
4
), including: Subgroup_10, which can reduce elemental sulfur to hydrogen sulfide (Izumi et al., 2012), and sulfate-reducing bacteria Deltaproteobacteria (including Desulfuromonas and Desulfuromusa), etc. These bacteria can use the electrons generated during the degradation of organic matter to reduce sulfur-containing compounds, which is akin to the action of rhizosphere bacteria in S. glauca growing in CSS (An et al., 2022). However, TCSS has a high porosity (
Table 1
), and the growth of S. glauca in TCSS further creates an oxygen-rich environment in the rhizosphere. This results in the growth of strictly anaerobic sulfur-reducing bacteria (Vandieken et al., 2006; Flieder et al., 2021) did not dominate in the rhizosphere of S. glauca (
Figure 3A
). In conclusion, S. glauca grows in TCSS, and the life process of its rhizosphere bacteria has transformed from the sulfur cycle in bulk soil to the nitrogen cycle, which is conducive to the accumulation and utilization of nitrogen in the soil and drives the benign transformation of soil structure.




4.2 Pathway of S. glauca growth promoting benign development of TCSS soils

The CSS accumulated through the reclamation project is silty soil under severe salt stress, with high water content and poor permeability (
Table 1
), while the large-scale CSS was modified by sea-sand cover (TCSS) in 2015. The porosity of TCSS after modification is relatively high, which indicates that the TCSS leaching ability is stronger under the same precipitation conditions; the soil salinity is relatively low, which indicates that the TCSS is under mild or severe salt stress, but the total calcium content of TCSS exceeds 1%, showing the characteristics of calcareous saline-alkali soil (Bao, 2000; Lv & Li, 2010); the contents of nutrients such as N, P and the ability of soil to retain fertilizer in TCSS are relatively low (
Table 1
), according to the second national soil survey and relevant standards (National Soil Survey Office, 1998), the soil nutrients here are classified as poor. Further, Pearson correlation analysis results between soil physico-chemical properties (
Table S1
) show that soil salt content, nutrient content, and fertilizer retention performance are significantly negatively correlated with soil leaching performance. Affected by the improvement of soil leaching performance, the soil salt stress pressure of TCSS is relatively small, but there are disadvantages of soil nutrient leaching, poor soil, and poor fertilizer retention performance, which cause many kinds of plants to fail to grow well.

The plant S. glauca is a polysalt-type halophyte, which can accumulate salt in the body and reduce soil salinity (Wang et al., 2004; Han et al., 2005; Mori et al., 2011). The field investigation in this area shows that wild S. glauca is the only species that can form a single vegetative community in TCSS (
Figure 1C
), and there is more accumulation of salt-based ions in the aboveground parts of wild S. glauca (
Figure S1
). Therefore, the growth of S. glauca reduces salt stress in TCSS. In the meantime, the total nitrogen content of the soil around the roots of S. glauca grown by TCSS significantly increased (
Table 1
), which is closely associated with the enrichment of bacterial communities related to nitrogen fixation (
Figures 3B
, 
4
) and the nitrogen cycle (
Figures 6
, 
S4
) in the rhizosphere of S. glauca, laying a foundation for nitrogen accumulation in TCSS. Based on this, S. glauca grows in TCSS, which reduces soil salinity and increases total nitrogen content, enriches and constructs a beneficial bacterial community structure. This can promote the benign development of soil, thereby promoting soil improvement and soil fertility.

The bacterial richness and evenness in the rhizosphere of S. glauca in TCSS are akin to that in bulk soil (
Figure 2A
), but the composition of bacterial community structure is significantly different from that in bulk soil (
Figures 2B, C
, 
3
). At the same time, the co-occurrence relationship of bacterial community in the rhizosphere of S. glauca is more complex, and the interconnected network is denser (
Figure 5
), indicating that its rhizosphere soil may have a more refined metabolic regulation relationship. Many studies have shown that the life activities of plant rhizosphere microorganisms exert an important influence on improving soil properties and promoting the benign development of the plant-microbe symbiosis system (Gutknecht et al., 2006; Mendes et al., 2013; Lynch, 2019; Bhuyan et al., 2020; Trivedi et al., 2020). Based on the above analysis of the key material cycle process of the rhizosphere dominant bacterial community participating of S. glauca in TCSS, the predictive path of action is proposed such that the bacterial community in rhizosphere of S. glauca promotes the benign development of TCSS soil by enriching and enhancing the C/N cycles (
Figure 7
).




Figure 7 | 
The dominant bacterial community in the rhizosphere of S. glauca were predicted to participates in the C/N cycle of TCSS (the red bold lines represent the C/N cycle pathway with enhanced enrichment of the rhizosphere bacterial community of S. glauca); The serial number ① indicates the predicted C-cycle model; the serial number ② indicates the predicted N-cycle model; the different capital letters in (A–G) refer to the functional bacteria involved in different stages of the C/N cycle, respectively.




As shown in 
Figure 7
, various dominant bacteria enriched in the rhizosphere of S. glauca are mainly related to the C/N cycle. The bacteria related to the carbon cycle (
Figure 7
, ①) mainly include organic matter degrading bacteria, methyl trophic bacteria, and phototrophic bacteria, etc. Many different types of organic matter that can degrade bacteria (
Figure 7A
) are enriched with the rhizosphere exudates of S. glauca and the refractory organic matter in the soil as the substrate. These organic matter degrading bacteria generate a variety of degradation products for the growth of plants and heterotrophic microorganisms. Among them, the dominant heterotrophic methylotrophic bacteria (
Figure 7B
) use the secondary metabolite C1 compound as the sole growth substrate, which is converted into the components of the organism or generate CO2 through the carbon assimilation process; carbon-capturing bacteria (phototrophic-bacteria) (
Figure 7C
) use light energy to synthesize a significant amount of microbial carbon, which is an important component of soil organic carbon. The bacteria related to the nitrogen cycle (
Figure 7
, ②) have the functions (see Section 4.2) of nitrogen fixation (
Figure 7G
), denitrification (
Figure 7D
), nitrification (
Figure 7E
), and dissimilatory reduction of nitrate to ammonium (
Figure 7F
). Among them, the bacterial community is dominated by nitrogen respiration (
Figure 6
). The substrate nitrate/nitrite of nitrogen respiration is the electron receptor of organic matter degradation reaction (oxidation reaction) under the condition of soil hypoxia (
Figures 7A, D
) and participated in the reaction, therefore, the enhancement of nitrogen respiration coupled organic matter degradation and promote the circulation and transformation of soil substances.

To be clear, the detection of specific microbes (or genes) in soil does not imply activity of these microbes – or else many microbes can be present but functioning in a different way given how versatile many taxa are. Combined with existing literature reports and based on the analysis of soil physicochemical properties, a reasonable analysis of the soil biogeochemical cycle in which these bacterial communities may participate is helpful to increase the understanding of the function of the rhizosphere bacterial community in the soil samples, thus establishing a solid foundation for the subsequent microbial application research.




5 Conclusion

In summary, the CSS modified by sea-sand is calcareous saline-alkali soil, and wild S. glauca growing in this soil can significantly reduce soil saline-alkali stress and increase the nitrogen content of the soil. The positive correlation with the benign changes of soil environment is that the functions of nitrogen respiration, photo-nutrition, and methyl nutrition of the rhizosphere bacterial community of S. glauca are strengthened, and the co-occurrence relationship of the bacterial community tends to be complicated. Meanwhile, the rhizosphere of S. glauca is significantly enriched with a variety of functional bacteria involved in the C and N cycles, while these functional bacteria were predicted to promote soil carbon activation and carbon capture, and also increase the effect of soil nitrogen fixation, so that making TCSS further improved. In a word, large-scale cultivation of S. glauca or combination of S. glauca and other suitable plants in the Lianyungang coastal zone is conducive to the construction of soil bacterial community that promotes the benign development of soil, thus improving soil fertility and realizing the precise improvement of TCSS. The results provide a scientific basis for the local government to conduct coastal ecological restoration, and offer a model for the improvement of similar coastal saline-alkali land around the world.
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Wetland landscape type

2020 S. alterniflora
Mudflats
Water
Other vegetation

Total

The unit is the number of grids, which is the calculation unit of the transfer matrix.

S. alterniflora

17171
20983
205
178
38537

Mudflats

18201
35164
2065
87
55517

2010

Water

2267
114
2044

4425

Other vegetation

78
33
0

350
461

Total

37717

56294
4314
615

197880
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Soil salinity
Artificial ditch

Milu influence range

Parameter

9.74-11.02 m
6.48-15.98 g/kg
300-5000 m
500-5000 m

Constrain function

symmetric parabolic
symmetric parabolic
S monotonically increasing

S monotonically increasing

Weight

0.2
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03
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MCDE BCDE BSLL NBO NB BV CBL : BSLL HL:TBD POV

Site 1 Range Oct-16 37-50 44-61 1 01-Feb 258.86-844.31 1.05-1.34 025-0.97 258.86-844.31
Meant SE 1275+ 138 4325+293a 5150 +3.52a 100£0.00 125+025 46570 +129.76a  117+0.06  055+0.15 46570 + 129.76a
Site 2 Range Jun-13 53-57 58-73 01-Feb 01-Feb 508.04-1374.12 1.03-1.45 0.19-0.91 272.16-936.24
Meant SE 10.13 £ 151 5525 +0.85ab  64.00 + 3.34a 150 £0.29 1504029 84068 £202.52ab  1.15+0.10  0.62+0.16 600.87 + 140.41ab
Site 3 Range 16-22 72-88 85-93 01-Feb 01-Feb 590.29-1132.20 1.06-1.10 0.14-0.34 566.10-1129.78
Meant SE 1875+ 138 7650 + 3.84c  87.75 £ 1.89c  125+0.25 125+025 87939 % 14607ab  1.09 +0.01 025+0.04  737.86 + 132.33ab
Site 4 Range 15-17 42-60 59-80 1 1 558.84-914.47 1.04-1.10 0.30-0.79 558.84-914.47
Meant SE 1600 + 058 51.50 + 4432 6675 +4.59ab 100 £0.00 1.00+0.00 736.65 + 87.52a 107 £ 0.01 056 £0.13  736.65 + 87.52ab
Site 5 Range 9-215 60-74 72.5-93 1 1 616.90-1016.07 1.09-1.19 0.39-1.01 616.90-1016.07
Mean+ SE  16.88 £ 2.79 68.00 + 3.16bc  80.63 + 4.48bc  1.00 £ 0.00 1.00 + 0.00  837.05 + 83.94ab 113 +£0.03 0.57 £ 0.15 837.05 + 83.94ab
Site 6 Range Jun-21 70-80 81-92 01-Feb 01-Feb 856.40-2206.33 1.15-1.26 0.41-0.68 856.40-2206.33
Meant SE 1375 £3.17 7475+206c 8563 £232c 125+025 150+029 1566.45+28197b  120+0.03  051+0.06 1349.02 + 31892b
F(p) 2.26NS 18.987%% 16577 1.20NS 1.03NS 4617 1.O9NS L15NS 325%

MCDE, middle chamber depth; BCDE, bottom chamber depth; BSLL, burrow’s straight-line length; NBO, number of burrow openings; NB, number of branches; BV, burrow volume; POV,
per opening volume. Significance level is defined as not significant (NS), *P < 0.05, **P < 0.01, or ***P < 0.001.
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TBD BOD o BCD MCD CBL HL p BND

Site 1~ Range 48.00-49.00 33.47-52.45 Jul-33 42.75-91.04 38.41-58.49 46-81.5 12-47.5 27-66 29.15-37.68
Meant SE 4875 +0.25a  43.88 +4.33  19.75+ 534 6871 £10.01 4845 +4.58  61.13 + 7.4la 27.13 +7.41 4875 £8.56  34.13 £ 2.03
Site 2 Range 57.00-59.00 36.94-51.51 Aug-68 44.79-94.96 39.55-59.16 62-84 Nov-53 25-77 33.85-36.60
Meant SE = 58.00 + 0.41b 4333 £3.16  39.25+ 12.87 6444 +12.04 4924 +4.05 73.00 + 4.93ab 35.75+9.23 44.50 £12.28  35.06 + 0.57
Site 3 Range 84.00-87.00 36.15-53.29 Nov-61 77.91-93.01 40.62-65.12 92.5-99 Dec-29 21-29 30.68-36.20
Mean+ SE  85.13 + 0.66f  45.07 +3.53 2650 + 11.59  84.50 +3.17 5239 +5.20  95.38 + 1.57¢c 20.88 +3.72 2350 +202  33.98 £ 1.20
Site 4  Range 61.00-65.00 40.78-50.98 17-61 58.05-98.50 42.75-54.27 63-83.5 19-50.5 27-55 31.23-46.3
Mean+ SE  63.00 £ 0.91c  48.50 +4.12  30.50 + 10.27  74.96 + 848  50.28 +2.56  71.00 £ 4.39ab  35.13 + 8.47 4350+ 695  38.00 £ 3.18
Site 5 Range 75.00-79.00 33.64-43.59 16-90 54.62-81.89 44.22-75.14 84.5-101 31-76.5 44-153 27.62-31.87
Meant SE  76.75 + 0.85d  37.23 £220 51.50 £ 17.00 6894 + 6.93 5585 +7.10 91.00 +3.55bc 4338 £11.06 77.25+2575  29.99 + 0.98
Site 6 Range 81.00-83.00 35.84-42.93 40-50 45.39-154.00  36.16-62.60 98-108 33-55 36-94 26.36-41.52
Mean+ SE  82.00 £ 0.58¢  39.74 + 1.56  47.00 + 2.35  98.50 +22.61 5140 £5.77 103.00 + 2.38c  42.00 £5.07  60.25 + 1236  36.62 + 3.54
F(p) 49558 1.45NS 1.25NS LIINS 0.27NS 13.46** 1.2INS 1.80NS 1.3INS

TBD, total burrow depth; BOD, burrow opening diameter; , ground angle; BCD, bottom chamber diameter; MCD, middle chamber diameter; CBL, curve burrow length; HL, horizontal
length; B, mid angle; BND, burrow neck diameter. Significance level is defined as not significant (NS), *P< 0.05, **P< 0.01, or ***P< 0.001.

MCDE, middle chamber depth; BCDE, bottom chamber depth; BSLL, burrow’s straight-line length; NBO, number of burrow openings; NB, number of branches; BV, burrow volume; POV,
per opening volume. Significance level is defined as not significant (NS), *P< 0.05, **P< 0.01, or ***P< 0.001.
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Traits Pagel’s A Blomberg’s K

4 Po- o K 4
Shoot height <0.001 1.000 0.63 0.409
Leaf length 0.639 0.031 0.83 0.002
Panicle length 0.202 0.362 0.82 0.082
Reproductive allocation <0.001 1.000 0.70 0.674
Seed number per panicle 0.204 0.477 0.85 0.251
Mass per seed 0.488 0.069 0.98 0.028

Pagel’s A was estimated by phylogenetic generalized least square (PGLS) models. A = 0 indicates no phylogenetic dependence, A = 1 indicates that trait variation totally relies on phylogeny. P
(. = o) Tepresents the P value for A = 0. Brownian motion (BM) is an example of a random process of evolution. K = 0 indicates no significant signal, 0 < K < 1 indicates that the phylogenetic
signal is less conserved than expected under BM, K = 1 indicates that the phylogenetic signal is as conserved as expected under BM. P < 0.05 represents the phylogenetic signals have a
significant difference.
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Site

wu01

wu02

wu03

wu04

wu05

Habitat

Abandoned farmland after
the storm surge

Abandoned course of the
Yellow River

Meadow patches in oil field

The intertidal zone with
Spartina alterniflora invasion
The intertidal zone near the
Yellow River

EC mean
(dS m™)

2.05
1.83
4.60
9.75

4.68

cv
of
EC

0.62

0.49

0.65

0.54

Salinity

Slightly
saline

Slightly
saline
Saline

Hypersaline

Saline

EC denotes electrical conductivity, CV denotes coefficient of variation.

Coexistence plant species

Aeluropus sinensis, Suaeda salsa, Imperata cylindrica, Artemisia carvifolia, Sonchus
brachyotus, Cynanchum chinense, Asteraceae Saussurea, Tamarix chinensis, Setaria viridis

Suaeda salsa
Suaeda salsa, Suaeda glauca, Tamarix chinensis, Cynanchum chinense, Limonium bicolor,
Tripolium vulgare, Sonchus oleraceus

Spartina alterniflora, Suaeda glauca, Tamarix chinensis, Limonium bicolor

Suaeda salsa, Tamarix chinensis, Tripolium vulgare
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Site N n CVsu (4473 CVpr Na 1 He

wu01l 21 20 0.16 0.25 0.15 9.00 3.00 0.68
wu02 20 19 0.26 0.31 0.09 8.80 294 0.70
wu03 20 19 0.20 0.22 0.25 5.90 294 0.56
wu04 20 19 0.37 0.38 0.28 8.10 294 0.70
wu05 25 19 0.23 0.18 0.15 8.40 294 0.66

N denotes the number of total surveyed samples in the field, n denotes the number of genotyped samples with nuclear microsatellites, CVgy denotes the coefficient of variation of shoot
height, CV ;. denotes the coefficient of variation of leaf length, CVpy denotes the coefficient of variation of panicle length, Na denotes the number of alleles, I denotes Shannon’s information
index, He denotes the expected heterozygosity.
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Provinces Saltmarshes Types Cabove Chelow Csoil

Liaoning S. salsa 3.30 4.24 30.27
P. australis 10.75 21.50 53.40
Mudflat 0 0 30.99
Hebei S. salsa 10.35 1.04 16.39
P. australis 3.75 7.50 37.24
S. alternifiora 29.04 58.07 17.88
Mudflat 0 0 21.13
Tianjin S. salsa 1.77 3.53 57.00
P. australis 4.10 6.84 70.60
S. alternifiora 12.45 24.90 38.35
Mudflat 0 0 21.18
Shandong S. salsa 0.92 1.08 19.44
P. australis 7.45 13.27 27.01
S. alternifiora 13.48 26.95 26.63
Mudflat 0 0 23.55
Jiangsu S. salsa 2.03 4.03 14.74
P. australis 5.97 9.54 13.46
S. alternifiora 10.33 25.29 21.31
Mudflat 0 0 7.24
Shanghai P. australis 11.16 29.49 32.15
S. alternifiora 15.95 33.17 30.10
S. mariqueter 3.16 4.73 23.00
Mudflat 0 0 23.33
Hangzhou Bay P. australis 16.05 32.50 25.01
S. alternifiora 156.06 30.08 19.08
S. mariqueter 2.14 3.04 16.58
Mudflat 0 0 18.56

Cabove denotes aboveground carbon density; Cpeow denotes belowground carbon density; Csoi denotes soil organic carbon density. Due to the lack of data, the carbon density of the
Hebei mudfiat was substituted by the carbon density of the nearby Tianjin mudfiat.
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Year Overall accuracy (%) Kappa coefficient

1987 85.91 0.84
1995 87.54 0.86
2005 90.91 0.90
2015 92.23 0.91
2020 93.60 0.93

Average 90.04 0.89
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Min Max Mean SD Ccv Skewness

As (mg/kg) 639 17.58 10.63 218 020 034 8.80
Cd (mg/kg) 0.04 0.78 023 0.17 076 1.52 0.11
Cr (mg/kg) 29.68 186.90 70.18 2391 034 2.70 57.90
Ni (mg/kg) 1220 69.29 32.28 7.03 022 1.08 25.60
Cu (mg/kg) 311 25.12 18.01 4.02 022 -0.90 19.80
Pb (mg/kg) 1259 39.96 22.77 4.54 0.20 1.00 21.40
Zn (mg/kg) 19.42 240.80 77.57 3156 041 374 63.50
Mn (mg/kg) 286.57 1,529.50 616.02 189.06 031 1.20 564.00
Al (%) 536 8.67 6.91 0.86 0.12 ~0.01 6.09
Fe (%) 112 441 323 0.66 020 ~054 288
TOC (g/kg) 1.61 167.83 19.63 24.04 122 357 -
TN (g/kg) 0.16 445 0.67 0.67 1.00 3.42 -
TP (g/kg) 0.02 0.09 0.05 0.01 026 0.40 -
TS (g/kg) 038 6.15 1.06 1.00 095 2.96 -
EC (us/cm) 111.60 5,512.00 1,510.04 1,071.29 071 1.78 -

BL is the background value for Liaoning Province (China National Environmental Monitoring Center, 1990). Min, minimum; Max, maximum; SD, standard deviation; CV, coefficient of
variability; TOC, total organic carbon; TN, total nitrogen; TP, total phosphorus; TS, total sulfur; EC, electrical conductivity.
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810+ 0.01Aa
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8.04 £ 0.08Aa
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029 £ 001Ab
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Soil C:N ratio
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(mg/kg)
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3.88 £ 0.27Bb
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4.03 £ 0.15Bab
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NO;~
(mg/kg)
092 £ 0.03Ad
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194 % 0.06Aab
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116 £ 0.07Ab
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Parameter

Bieat

Botem
Bftower
Bpelowground
Brotal

R/S
Height
Density
Diameter
Flower rate
Aphid rate
SLA

RWC
Chla

Chlb

E730

A7.30

857.30

Esa

As.1

8.1

Ess

Salinity

12.176**
12.394*%*
6.685**
1742
9.104*
18.832%%*
20.276*%*
0.009
1.021
16.042*%*
0.015
1.014
0.292
0421
0.840
1.303
0.655
0.423
0.329
0.935
0913
7.091*
3.653
8.048*
4.703*
0.383
5.644*

Origin

0.042
1.568
4.496*
9.333%*
2.880
11.166**
6.675*
23.709°%*
94.229%*
2321
0.049
1.934
0.013
0.246
0.019
2.841
0.169
4.999*
0.888
0.075
0.021
0.066
0.545
0.005
1.574
3235
2293

Demethylation

1.683
1.952
0.001
1.297
1.845
0.012
0.137
1.340
1.230
0.108
0.802
0.511
0.321
0.824
0.684
2.944
11.888**
2.014
3.396
5.847*
0.369
3.586
1.251
3.394
0.801
1075
1.203

Source of variation

Salinity x origin

2.926
0.703
0.543
3.338
1.929
0.042
1339
0.353
2342
0314
0.119
0.546
0.028
0.000
0.303
0.814
0.002
1.436
0.027
0.000
0.037
0.090
0.009
0.120
0.056
0013
0.327

Salinity x De

0.128
0.182
0.247
0.447
0.255
0.157
0.358
0.608
0915
0.656
0.969
0.051
0.226
0.029
0.011
0.004
0.051
0.071
0.033
1.444
0.293
0.236
0.033
0.008
10.579**
2.068
12.005**

Origin x De

1.558
0.493
0.607
0.002
0.333
0.830
2.539
0.589
0311
0.572
0.462
0.833
3.694
0.001
0.149
0518
0.262
1.026
6.512*
2292
6.878*
0.192
0.402
0.484
0312
0.902
0.801

Origin x salinity x De

0.007
0.049
0.047
0.161
0.061
0.031
0.333
0472
2.142
0.011
5.075
0318
0.200
0.031
0.011
1.409
0.018
2.200
1242
0.046
0.540
1.071
0.021
1.368
2638
0.067
3933

Bieats biomass of leaf; Byem, stem biomass; Bower, flower biomass; Byeiowground: belowground biomass; Brogal, total biomass; SER, shoot elongation rate; SLA, specific leaf area; Fy/Fp,
maximum quantum yield; ], maximum electron transport rate; Chl.y, relative chlorophyll content; g, stomatal conductance; subscripts represent different dates; Leaf X, nutritional
element and ion content in leaf; Root X, nutritional elements and ions content in the root.

Statistically significant values in bold: F ratios are significant at ***P < 0.001; **P < 0.01; *P < 0.05.
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As
Cd
Cr
Ni
Cu
Pb
Zn
Mn
Al
Fe

p< 0.05 (significant at the 0.05 level; p< 0.01 (significant at the 0.01 level).

Wetland type

F-value

7.942
3.620
1.258
12.159
7.561
2.901
12.824
2.034
10.116
7.709

p-value

0.000
0.006
0.291
0.000
0.000
0.019
0.000
0.084
0.000
0.000

The P value, which was lower than 0.05, was shown in bold.

F-value

0.540
8.082
7433
0.938
0.078
5.065
3.189
2244
0.369
0.400

Depth

p-value

0.657
0.000
0.000
0.427
0.972
0.003
0.029
0.091
0.776
0.754

Wetland type x depth

F-value

0.561
2.596
1.449
0.691
0.344
1.598
0.942
1.010
0.947
0.466

p-value

0.895
0.004
0.149
0.785
0.988
0.096
0.523
0.455
0.519
0.950
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Time Number of GCPs Average Error (m) SD (m) RMSE (m) TMAE (m)

1997 80 20.98 17.99 27.57 28.28
2007 80 19.54 971 21.79 28.28
2017 80 21.22 15.06 2597 2828

SD, represents standard deviation; RMSE, represents root-mean-square error; TMAE, represents theoretical maximum allowable Error.
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Class I

Natural coastline

Artificial coastline

Class IT

Bedrock coastline

Silty coastline

Sandy coastline

Biological coastline

Aquaculture coastline

Other artificial coastline

Characteristics

Above the waterline of the low hills, the upper border of the white edge of the image

Dividing lines of vegetation thickness and sparsity in remote sensing images

Long, straight strips of sandy sediment that usually accumulate as ridges parallel to the coast

Inner boundary of the landward side of the growing areas such as mangroves

Regular square and sheet distribution, mostly occur near silty coastlines, and are gray in color

Usually appears as a regular bright white streak

Samples
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Acquisition date Satellite/Sensor Time Path/Row Pixel size (m) Coordinate system Zone

1987-12-08 Landsat 4-5 TM 2:20 122/44 30 UTM/WGS84 49N
1987-12-08 Landsat 4-5 TM 2:20 122/45 30 UTM/WGS84 49N
1991-11-17 Landsat 4-5 TM 2:16 122/44 30 UTM/WGS84 49N
1991-09-14 Landsat 4-5 TM 2:16 122/45 30 UTM/WGS84 49N
1994-10-24 Landsat 4-5 TM 2:07 122/44 30 UTM/WGS84 49N
1994-10-24 Landsat 4-5 TM 2:07 122/45 30 UTM/WGS84 49N
1997-08-29 Landsat 4-5 TM 2:24 122/44 30 UTM/WGS84 49N
1997-08-29 Landsat 4-5 TM 2:24 122/45 30 UTM/WGS84 49N
2000-11-01 Landsat 4-5 TM 3:06 122/44 30 UTM/WGS84 49N
2000-11-01 Landsat 4-5 TM 3:06 122/45 30 UTM/WGS84 49N
2004-11-20 Landsat 4-5 TM 2:37 122/44 30 UTM/WGS84 49N
2004-10-19 Landsat 4-5 TM 2:37 122/45 30 UTM/WGS84 49N
2007-11-21 Landsat 4-5 TM 2:42 122/44 30 UTM/WGS84 49N
2007-11-21 Landsat 4-5 TM 2:42 122/45 30 UTM/WGS84 49N
2010-11-20 Landsat 7 ETM 2:45 122/44 30 UTM/WGS84 49N
2010-12-31 Landsat 7 ETM 2:45 122/45 30 UTM/WGS84 49N
2013-11-29 Landsat 8 OLI 2:53 122/44 30 UTM/WGS84 49N
2013-12-31 Landsat 8 OLI 2:18 122/45 30 UTM/WGS84 49N
2017-10-27 Landsat 8 OLI 2:18 122/44 30 UTM/WGS84 49N

2017-12-21 Landsat 8 OLI 2:18 122/45 30 UTM/WGS84 49N





OPS/images/fmars.2022.981139/fmars-09-981139-g011.jpg
Annual runol’l‘/losm3

Annual runoff/10%m>

100

504

254

2005

2010 2015 2020

12000

90004

6000

3000 4

2000

2005

2010 2015 2020
Year

—— Annual runoff

600

300

40000

30000

20000

10000

B
400 40000
300 | 30000
2004 20000
1004 F 10000
w4
2000 2005 2010 2015 2020
D
4000 8000
30004 | 6000
20004 4000
1000 4 2000
2000 2005 2010 2015 2020
Year

—— Annual sediment discharge

Annual sediment discharge/ 104t

Annual sediment discharge/’ 104





OPS/images/fmars.2022.1032105/M3.jpg
InN(r)=-Dlnr+c





OPS/images/fmars.2022.981139/fmars-09-981139-g010.jpg
® Correlation between NDVI1 and WET

® Correlation between RSEl and NDVI
® Correlation between RSEl and WET

KN

1S

® Correlation between LST and NDBSI

® Correlation between RSEIl and LST
® (Correlation between RSEl and NDBSI





OPS/images/fmars.2022.1032105/M2.jpg
(L~ L)/L; % (i) % 100%





OPS/images/fmars.2022.981139/fmars-09-981139-g009.jpg





OPS/images/fmars.2022.1032105/M1.jpg
Green - MIR

MDY Green + MIR





OPS/images/fmars.2022.1032105/fmars-09-1032105-g011.jpg
Artificial coastline (km)

o

Artificial coastline (km)

Artificial coastline (km)

2500 3000 3500 4000 4500 5000 5500 6000
Population density (person/km?)

400

y=0.144x+114.984
R?=0.843
p<0.01

y=0.029x+225.762
R>=0.871
p<0.01

3000 4000 5000
Population density (person/km?)

y=1.34x10"*x+360
R?*=0.729
p<0.01

50 100 150 200
Gross fishery product (10%yuan)

6000

250

w
N
7]

& 3
S <

Percentage (%)

—
=

o

P
=)

Percentage (%)

[
>

Percentage (%)
P
s &

—
=

—

=20

-100

-100

-50 0 50
Regular residuals

0
Regular residuals

-50 0 50
Regular residuals

100

20

100





OPS/images/fmars.2022.981139/fmars-09-981139-g008.jpg
A ek 122°0'K B sk

z A
g
z
3
N 2000 2020
C 118°40'E 19°0'E D_ s no0E
z z
2 rz
E z
0 5 10km ™
— 2020
2020
z
Forest §
Barren
Built-Up
[ Grasslands .
[ Croplands 2
] Natural waters a
B Reservoirs and ponds [ ~
z | z
£ 2000 £ 2020

113°40'F 114°0'E 113°40'E 114°0'F





OPS/images/fmars.2022.981139/fmars-09-981139-g007.jpg
410N

40°40'N

38°0'N

37°40'N

05 10km
[

2000

31°40N

O i

2220'N 22940'N

200N

113%40'E.

11490

LISA clustering map

Low-low cluster
Low-high cluster
High-low cluster
High-high cluster
No Significant

290N

200N

P Wi

2020

2020

2020

2020





OPS/images/fmars.2022.1032105/fmars-09-1032105-g010.jpg
>
@

600
E 5501 y=931.033x+116.920 95
5001 Rg.970 9
) e =
24500 001 <o
Z a00f P &
= S
g 350 = 40
@
= 300 2
Tt 5]
£ 250 & 10
Z 200
150 1
.05 0.10 0.15 0.20 0.25 0.30 0.35 0.40 0.45 0.50 -40 20 0 20 40
Sand content (kg/m®) Regular residuals
c D
250
E y=240.15x+187.041 95
225! R*=0.510 9
= p<0.05 . 570
=20 . 240
@
z g
£175 £10
<
Z
o2 —o0s 006 o008 o010 o1z 45 G0 5 0 5 10 15
E Sand content (kg/m’) F Regular residuals
y=957.3x-33.317 29 .
R2=0.947 S .
p<0.01 570
i}
=40
b1
s .
10
00 0.05 0.10 0.15 0.20 0.25 0.30 0.35 0.40 L—T) 20 0 20 40

Sand content (kg/m®) Regular residuals





OPS/images/fmars.2022.981139/fmars-09-981139-g006.jpg
-6

Low-high

|
|
|
|
|
|
|
|
|
|

High-high

39

Low-high

High-high

-9

42

e
|
|
|
J‘ Moran’ s1:0.600 } Moran® s1:0.729
| |
Low-low | High-low Low-low | High-low
| |
-6 -3 0 3 6 9 -4.1 2.5 -0.9 0.7 23 3.9
Low-high High-high 33 Low-high High-high

Moran’ s1:0.360

High-low

Moran’ s1:0.594

High-low

08 25

42

05 19 33





OPS/images/fmars.2022.1032105/fmars-09-1032105-g009.jpg
RV
SC

PT |«

GFP
GDP
PD
AC
NC

B
RV @ © ®© © © o © 1 RV | RV
e O 0 O @ @ @) s s ® @0 @
im0 T @ @ @ @ @ {04 PT 067 PT ® @
st 091 099 cir @ @ & @ 8-2 GFP -0.71 0.65 GFP @
0.46 -0.83 0.98 0.98 GDP . . . 02 GDP -0.68 0.98 0.63 GDP
050 093 099 09 09 pp @ @] 04 PD -0.72 0.96
054 098 085 088 077 090 AC @ -g-g AC -0.68 0.84
0.5 0.99 -0.88 -0.90 -0.80 092 -1.00 NC 1 NC|
R I R ICRS & & &g
C
RV | RV 1
scl«c 0000 0® @
PT 23 T @ @ @ & @ | o4
GFP 8 059 cir @ @ © @ 3-2
GDP 078 097 098 cor @ @ @ 02
PD 084 098 099 098 pp @ @ 0.4
AC 09 082 085 073 078 Ac @ gg
NC 0.98 -0.83 -0.87 -0.75 -0.80 -0.99 NC B
é %C» Q& C’QQ OQQ QQ Y’Q éo

073 090 pp @ @

0.82 0.76 094 AC @
0.71 -0.99 -0.64 -0.97 -0.97 -0.86 NC

* p<=0.05 ** p<=0.01 *** p<=0.001

QQ

Y’C

&





OPS/images/fmars.2022.981139/fmars-09-981139-g005.jpg
0.8

0.6

RSEI

0.4

0.2

0.8

0.6

RSEI

0.4

0.2

B
=
‘ Z
7]
&
ot TR
=
2000 2005 2010 2015 2020 2000 2005 2010 2015 2020
Year D Year
0.8
0.6
= -
=)
7]
&~
T I
2000 2005 2010 2015 2020 2000 2005 2010 2015 2020
Year Year

Inland wetland

Human-made wetland

Coastal wetland





OPS/images/fmars.2022.1032105/fmars-09-1032105-g008.jpg
1500
1000
500

Runoff vol

0 1 1 1 1 L 1 L
1985 1990 1995 2000 2005 2010 2015 2020

——
S N =

Port throughput (10%)

S N A N ®

a)
=3
=
<>

5000

= 4000

3000

Population density (persons/km?)
2
g
=]

=g

Year

1 1 1 1 1 1
1985 1990 1995 2000 2005 2010 2015 2020
Year

1985 1990 1995 2000 2005
Year

2010 2015 2020

2 - <
VW B
T T T

Sand content (kg/m®)

e
=
T

o

0 L L 1 1 L L L
1985 1990 1995 2000 2005 2010 2015 2020
Year

I
w
=

[
=3
=

—
th
<

100

th
=

ross fishery product (10%yuan)

<

Gi

1985 1990 1995 2000 2005 2010 2015 2020
Year

L " 1

1985 1990 1995

I = H H
2000 2005 2010 2015 2020
Year

#— PRE—#®— East coast—~— West coast





OPS/images/fmars.2022.981139/fmars-09-981139-g004.jpg
T
121°20'F

122°0'F

113%40'F

3890'N

37940'N

22900'N

22°0'N





OPS/images/fmars.2022.1032105/fmars-09-1032105-g007.jpg
1987-1991

1991-1994

Before 1991 Before 1994
1987-1991 1991-1994 1994-1997

1997-2000

2000-2004

2004-2007 ! } Before 1997

Before 2000 Before 2004
1997-2000 2000-2004 2004-2007

2007-2010

2010-2013

2013-2017

Before 2007
2007-2010

Before 2010
2010-2013

Before 2013
2013-2017

B Area change (km?)

|






OPS/images/fmars.2022.981139/fmars-09-981139-g003.jpg
z z
£ £
z z
] s
2020

HE40E

380N

370N

2020

310N

3TN

2020

200N

230N

outh:Shina+Sea ™

250N

2020





OPS/images/fmars.2022.1032105/fmars-09-1032105-g006.jpg
Macau
P

Zhuhai

Zhongshan
Shenzhen

Guangzhou
Dongguan

Hong Kong





OPS/images/fmars.2022.981139/fmars-09-981139-g002.jpg
Data normalization

Calculation of RSEI

Target image
synthesis LG

.

Calculation of ecological parameters
[

1-PCA1

—>

Water masking | Data normalization

—

Synthesis of parameters

Spatial autocorrelation





OPS/images/fmars.2022.1032105/fmars-09-1032105-g005.jpg
Percentage of coastline (%)

100

80

60

40F

1990 1995

2000 2005
Year

- Silty coastline [~ | Bedrock coastline

[:] Biological coastline |

| Other artificial coastline

2010 2015

- Sandy coastline
Aquaculture coastline





OPS/images/fmars.2022.981139/fmars-09-981139-g001.jpg
110°E 120°E 121°40'E 122°0'E

Liaoning

40°N

118°40'E 119°0'E

30°N

38°0'N

37°40'N

20°N

118°40'E 119°0'E

======= National Boundaries

Study Area

Provincial Boundaries

31°40'N

Inland wetland
Coastal wetland

Human-made wetland

31°20'N





OPS/images/fmars.2022.1032105/fmars-09-1032105-g004.jpg
Total coastline mm Total coastline

&
wn
w

e
>

Natural coastline

'
—
~

Intensity of change (%)
o
— a

Coastline length (km)

7 . mm Natural coastline
Artificial coastline

mm Artificial coastline

>

A D> N SRR
& S SN0 S > N>R
FPI TS NNESIRIEIE I P PN
ik PRI
PP IS

I West coastllll East coast Period





OPS/images/fmars.2022.981139/crossmark.jpg
©

2

i

|





OPS/images/fmars.2022.1032105/fmars-09-1032105-g003.jpg
® City
Outlets






OPS/images/fmars.2022.982234/table2.jpg
Factor

EC
Sig.
N

Diameter

Density

Statistically significant values in bold: F ratios are significant at **P < 0.01.

56

Sig.

N

r

Sig.

N

0.000
56

-0.538**

0.000
56
0.599**
0.000
56

Diameter

-0.538*%
0.000
56
1
56
-0.565**
0.000
56

Density

0.599**

-0.565**
0.000
56

56





OPS/images/fmars.2022.1032105/fmars-09-1032105-g002.jpg
4

a’1987 T™™ b 1991 T™™

d 1997.T™M

h2010 ETM

j2017 ETM





OPS/images/fmars.2022.1032105/fmars-09-1032105-g001.jpg
114°0'0"E

23°0"0"N

22°0'0"N

* Elevation (m)
High : 1845

Low :-28





OPS/images/fmars.2022.888535/M1.jpg
[0





OPS/images/fmars.2022.888535/M2.jpg
NL=
/; I
@





OPS/images/fmars.2022.888535/M3.jpg
®





OPS/images/fmars.2022.888535/fmars-09-888535-g004.jpg
Correlation coefficient between variables and SES

0.30

0.25

0.20

0.15

0.10

0.05

0.00

0.05*

Threatend status

Mean body mass

Variables

Dispersal ability

Standardized effect size (SES)

Threatened species

Non-threatened species





OPS/images/fmars.2022.888535/im1.jpg
NI actual





OPS/images/fmars.2022.888535/im2.jpg





OPS/images/fmars.2022.888535/im3.jpg
SD1, 000





OPS/images/fmars.2022.888535/fmars-09-888535-g001.jpg
[ Farmland
[ | Dryland
I Forest
ﬁ Grassland

[ ] Construction land
[ I Rivers

Lakes

- Reservoir

B Lowland

B Tidal flat

[ Salt pan

I Aquaculture

[ ] Unused land
B Estuary waters
I Estuary delta

0 55 110 220
KM

Lengend

~ East Asian—Australasian Flyway






OPS/images/fmars.2022.888535/fmars-09-888535-g002.jpg
Occurrence recordfor g
targeted species

NL for
targeted species

Extract values

@

to points
Mean NL for
Natural landscape targeted species
index (NL) layer ¢

@

analysis

v

Comparing

Buffer
analysis

v

Buffer with 10 km
radium

Data
filting

@

Extract values ¢
to points

NL for
all species

Occurrence record
i for all species

Random ¢

sampling @

! Natural landscape
index (NL) layer
1000 Mean NL for
all species

Waterbirds’ dependence

on natural wetland





OPS/images/fmars.2022.888535/fmars-09-888535-g003.jpg
Standardized effect size (SES)

Shorebirds

Ducks Herons

Functional groups

Gulls





OPS/images/fmars.2022.947908/fmars-09-947908-g011.jpg
Spatial suitability






OPS/images/fmars.2022.947908/fmars-09-947908-g010.jpg
(94) onelr eary

~ Water temperature
—®— Froude number

—&— Water depth
—&— Flow velocity

anjeA Ajjiqe)ng

Cluster





OPS/images/fmars.2022.947908/fmars-09-947908-g009.jpg
Cluster 5

Cluster 6

Cluster 1 Cluster 7

Cluster 2 Cluster 8

Cluster 3 Cluster 9

Cluster 4 Cluster 10





OPS/images/fmars.2022.947908/fmars-09-947908-g008.jpg
Water depth(m)
Flow velocity(m/s)

0
2 3 4 5 6 7 8 9 10 1 2 3 4 5 6 7 8 9 10
Cluster Cluster

N
e o)

(\®)
~
Froude number

[\
(=)

~
@
(©)

-’
<P
o
-
~m
S
e
P
g
<
~ad
B
<]
~d
g

o
n

1 2 3 4 5 6 7 8 9 10 . 2 3 4 5 6 7 8 9 10
Cluster Cluster






OPS/images/fmars.2022.1001449/table2.jpg
Positive  Negative Average Average Path Average Clustering Modul-

Sample Nodes Edges s :

B 9 Edges Edges Degree ® length Coefficient © arity ¢
TCK 336 3314 1979 1335 19726 13.854 0.777 4862
TSG 370 3996 2414 1582 ‘ 216 1415 0.781 3.956 ‘

“denotes average number of node branches; *denotes the average length of the shortest path between two nodes in the network; “denotes the average degree to which nodes tend to gather
together; “denotes the degree to which nodes tend to differentiate into different network modules.






OPS/images/fmars.2022.947908/fmars-09-947908-g007.jpg
1.00

0.95

0.90

Number of clusters





OPS/images/fmars.2022.1001449/table1.jpg
Property

Total salt (gkg ") 8.08+0.15a 584 +0.12b A 155+0.11 ¢ 133 £001d

t
EC (ms-em™) 336+0.19a 252+0.12b A 0.15+0.01 ¢ 0.08 +0.00 ¢

| 1
pH 8.38 £ 0.04 ¢/ 8.09+0.06 d ~ 9.49 +0.03 a 9.04 +0.06 b

V Total Ca (%) 0.87 £ 0.00 b 0.82 +0.00 b 147 £0.01 a 1.42 £0.00 a
S0i (mgkg™) 555.01 £3551a " 385.95 +24.00 b A 28533 £15.04 ¢ 24233 £17.16 ¢
CEC (cmol*kg™) 1827 + 1.36 a 1730+ 1.39 a 6.93 +0.06 b 6.93 +0.59 b
TN (mgkg™) 440.00 £ 20.00 b ~ ' 490.00 +10.00 a A 100.00 + 10.00 d 130.00 + 10.00 ¢
TOC (%) 0.33+0.03 b 0.39 £0.01 a 0.07 £0.01 ¢ 0.06 +0.00 ¢
Avail. Na (mgkg™") 1629.17 £ 1.57 a 145535 + 14.88 b 75.86 + 1.06 ¢ 70.85 +2.93 ¢
Avail. K (mgkg™") 596.33 + 58.69 a A 490.00 + 1473 b A 86.70 + 1.39 ¢ 88.77 + 0.91¢
Avail. Ca (mgkg™) 22338+ 9.85b 208.62 £9.19 b 42853 £692a 42175+ 224 a
Avail. Mg (mgkg™) 516.00 +28.16 a A 494.67 £ 2223 a A 15133 £ 643 b 134.00 £ 10.82 b

‘ Avail. P (mgkg") 2890+ 121an 2947 +445a 7 557 049 b 533 +0.58 b
MC (%) 2329+ 023a 2359+ 024a 14.38 £ 0.14 b 14.78 £ 0.20 b
SBD (g-cm'3) 150 £ 0.12 a 1.51 £0.58 a 141 £0.01 b 1424001 b
Porosity (%) 68.82+0.16 b 68.86 + 0.27 b 72.11 £037 a 71.98 £ 0.17 a

The data in the table are average + standard deviation; “CK” denotes the sample of bulk soil in CSS, “SG” denotes the soil of S. glauca roots in CSS, some physico-chemical property data
of CK and SG are quoted from “An et al,, 20227, as denoted by “A”; CEC, cation exchange capacity; TN, total nitrogen; MC, moisture content; SBD, soil bulk density; “Avail” denotes
“available state”. The different lowercase letters of the same index in different sample groups indicate that there is a significant difference between the groups in this index (according to
Duncan’s significance test, P < 0.05).





OPS/images/fmars.2022.947908/fmars-09-947908-g006.jpg
Distance from Datengxia Reservoir Area (m)

i 5000 10000 15000 20000
5
210
£1s
3
;:'11)’70
£2
E
=25
30
35 }
straight river curved branched straight river curved river
section river river section section
section section
Cc
3.0
I B
;2,5 =
= =%
Q Q
=20 2
g g
<
g 1.5 z
= %
B .
: z
<
.5 4
0 5000 10000 15000 20000 25000 0 5000 10000 15000 20000 25000
Distance from Datengxia Reservoir Area(m) Distance from Datengxia Reservoir Area(m)






OPS/images/fmars.2022.1001449/im2.jpg





OPS/xhtml/Nav.xhtml




Contents





		Cover



		Degradation, ecological restoration and adaptive management of estuarine wetlands under intensifying global changes



		Vegetation Regulates Element Composition of Soils by Enhancing Organic Matter Accumulation in the Salt Marshes of Liao River Delta, China



		Introduction



		Materials and Methods



		Study Area



		Sample Collection



		Sample Analysis



		Data Analysis









		Results



		Variation in Environmental Variables Between Vegetation Types



		Variation in Element Concentrations of Soils Between Vegetation Types



		Relationships of Soil Element Concentration With Environmental Factors



		Similarity of Element Compositions Among Wetland Types









		Discussion



		Element Concentrations and Soil Organic Matter



		Element Concentrations, pH, EC and SS



		The Role of Vegetation in Regulating Element Composition









		Conclusions



		Data Availability Statement



		Author Contributions



		Funding



		References









		Combining Bootstrapping Procedure and Citizen Science Data to Elucidate Waterbirds’ Dependence on Coastal Wetland



		1 Introduction



		2 Data and Methods



		2.1 Study Area



		2.2 Citizen Science Data



		2.3 Data Analysis



		2.3.1 Natural Landscape Index



		2.3.2 Dependence of Waterbirds on Natural Wetlands



		2.3.3 Variation in Species’ Dependence on Coastal Natural Wetlands



		2.3.4 Threatened Status



		2.3.5 Dispersal Ability



		2.3.6 Mean Body Mass



		2.3.7 Conservation Status Assessment















		3 Results



		3.1 Species’ Dependence on Coastal Natural Landscapes



		3.2 Correlation Between Species’ Dependence on Coastal Natural Wetlands and Variables (Threatened Status, Mean Body Mass, and Dispersal Ability)



		3.3 Conservation Status Analysis









		4 Discussion



		4.1 Dependence on Coastal Natural Wetlands



		4.2 Correlation Between Species’ Dependence on Coastal Natural Wetlands and Threatened Status, Mean Body Mass, and Dispersal Ability



		4.3 Data Limitations



		4.4 Conservation and Management Implications









		Data Availability Statement



		Ethics Statement



		Author Contributions



		Funding



		Supplementary Material



		References









		Soil Salinity Estimation Over Coastal Wetlands Based on Random Forest Algorithm and Hydrological Connectivity Metric



		1 Introduction



		2 Datasets and Preprocessing



		2.1 Study Area



		2.2 Sampling Campaigns and Laboratory Measurement



		2.3 Remote Sensing Image and Data Processing



		2.4 Obtaining the Terrain Attributes



		2.5 Meteorological Data









		3 Methodology



		3.1 Correlation and Collinearity Diagnosis



		3.2 Random Forest Model



		3.2.1 Random Forest Model Based on Hydrological Connectivity Metric



		3.2.2 Permutation Importance and Variable Selection









		3.3 Contrast Models



		3.4 Model Performance Evaluation









		4 Results



		4.1 Descriptive Statistics



		4.2 Model Fitting and Validation



		4.3 Model Performance Comparison Among Seasons



		4.4 Spatiotemporal Distribution of Estimated Salinity



		4.4.1 Spatial Distribution of Estimated Salinity



		4.4.2 Monthly Variation of Estimated Salinity









		4.5 Hydrological Sensitivity of the Proposed RF Model









		5 Discussion



		6 Conclusions



		Data Availability Statement



		Author Contributions



		Acknowledgments



		Supplementary Material



		References









		Dynamics of Carbon Storage in Saltmarshes Across China’s Eastern Coastal Wetlands From 1987 to 2020



		1 Introduction



		2 Materials and Methods



		2.1 Study Area



		2.2 Data Acquisition and Preprocessing



		2.3 Saltmarsh Classification



		2.3.1 Compositing the Images of Maximal Saltmarsh Extent



		2.3.2 RF Machine Learning Algorithm via GEE



		2.3.3 Post-Classification Processing and Accuracy Assessment









		2.4 Carbon Storage and Sequestration









		3 Results



		3.1 Changes to Saltmarshes Between 1987 and 2020



		3.2 Total Carbon Storage and Sequestration Between 1987 and 2020



		3.3 Carbon Storage and Sequestration in Various Saltmarshes Between 1987 and 2020









		4 Discussion



		4.1 Changes in Saltmarsh Coverage and Carbon Storage



		4.2 Driving Factors of Carbon Storage Variation



		4.3 Limitations









		5 Conclusions



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		Trophic Diversity and Food Web Structure of Vegetated Habitats Along a Coastal Topographic Gradient



		Introduction



		Materials and Methods



		Study Area



		Sample Collection and Processing



		Stable Isotope Data Analysis



		Bayesian Isotope Mixing Model



		Statistical Analysis









		Results



		Signatures of Stable Isotope Values of Trophic Groups



		δ13C and δ15N Values of Carbon Sources



		δ13C and δ15N Values of Consumers



		Trophic Positions of Consumer Trophic Groups









		Trophic Diversity of Trophic Groups



		Food Web Trophic Structure and Topological Properties









		Discussion



		Spatial Variability in Trophic Diversity of the Trophic Groups Along the Topographic Gradient



		Habitat Heterogeneity Created Highly Variable Food Webs Along the Topographic Gradient



		Implications for Coastal Wetland Conservation and Management









		Conclusions



		Data Availability Statement



		Author Contributions



		Funding



		Acknowledgments



		Supplementary Material



		References









		Examining the expansion of Spartina alterniflora in coastal wetlands using an MCE-CA-Markov model



		1 Introduction



		2 Materials and methods



		2.1 Study area



		2.2 Data acquisition and preprocessing



		2.2.1 Remote-sensing imagery and preprocessing



		2.2.2 Field sampling and lab analysis



		2.2.3 Digital elevation model and spatial distribution of soil salinity









		2.3 Methodologies



		2.3.1 Cellular automata model (CA)



		2.3.2 Markov model



		2.3.3 MCE-CA-Markov















		3 Results



		3.1 Markov transfer area and probability matrix



		3.2 Suitability maps of wetland landscape



		3.3 The simulation and prediction of S. alterniflora by MCE-CA-Markov model









		4 Discussion



		4.1 The expansion of S. alterniflora in 2030



		4.2 Potential and reliability of the MCE-CA-Markov model



		4.3 Uncertainty and limitations of S. alterniflora predictions









		5 Conclusions



		Data availability statement



		Author contributions



		Funding



		References









		Phylogenetic relationship and soil salinity shape intraspecific trait variability of Phragmites australis in the Yellow River Delta



		Introduction



		Material and methods



		Field investigation and sample collection



		DNA extraction



		Microsatellite genotyping



		Data analysis









		Results



		Functional variation of P. australis



		Genetic variation of P. australis



		Phylogenetic signal of P. australis traits









		Discussion



		Functional response of P. australis to soil salinization



		Genetic diversity of P. australis under soil salinization



		Phylogenetic conservatism of P. australis traits









		Conclusions



		Data availability statement



		Author contributions



		Funding



		Conflict of interest



		Supplementary material



		References









		Response of soil carbon fractions and enzyme activities to mowing management on in a coastal wetland of the yellow river delta



		Introduction



		Materials and methods



		Study site



		Experimental design and soil sampling



		Soil analysis



		Data analysis









		Results



		Variation in soil properties



		Variation in soil organic carbon and active fractions



		Variation on allocation proportion of soil organic carbon fractions



		Variations in soil enzyme activities



		Relationships between soil organic carbon fractions, soil enzyme activities, and soil nutrients









		Discussion



		Effects of mowing treatments on soil properties



		Effects of mowing treatments on SOC



		Effects of mowing treatments on SOC fractions



		Effects of mowing treatments on enzyme activities









		Conclusion



		Data availability statement



		Author contributions



		Funding



		Conflict of interest



		References









		Role of DNA methylation in ecophysiological responses to salinity in natural populations of Phragmites australis from coastal and inland habitats



		Introduction



		Materials and methods



		Plant material and cultivation



		Demethylation and salt treatments



		Measurement of growth traits



		Measurement of leaf traits



		Measurement of phenotypic plasticity



		Data analyses









		Results



		Growth traits



		Leaf traits



		Phenotypic plasticity









		Discussion



		Differential response of P. australis populations to salinity



		The role of methylation in response to salinity









		Conclusion



		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		Supplementary material



		References









		Ecological environmental quality assessment of Chinese estuarine wetlands during 2000–2020 based on a remote sensing ecological index



		Introduction



		Data and methods



		Study area



		Data source and data processing



		Methods



		Generation of RESI based on the GEE



		Spatial autocorrelation analysis



		Degree of land-use dynamics















		Results



		Spatial and temporal characteristics of eco-environmental quality



		Spatial autocorrelation



		Relationship between land cover and RSEI









		Discussion



		Validation of the applicability of the RSEI



		Causes of change in wetland eco-environmental quality



		Strengths and limitations









		Conclusions



		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		References









		Spatial suitability evaluation of spawning reach revealing the location preference for fish producing drifting eggs



		1 Introduction



		2 Materials and methods



		2.1 Study area



		2.2 Data collection



		2.3 Cluster analysis



		Calculating fish spawning spatial suitability values









		3 Result and discussion



		3.1 Overall data analysis



		3.1.1 Morphological river characteristics



		3.1.2 Hydrologic and hydro-dynamic characteristics









		3.2 Cluster analysis



		3.2.1 Determining optimal cluster numbers



		3.2.2 K-means clustering results



		3.2.3 Determining the spatial distribution of clusters









		3.3 Determining the location of fish spawning grounds









		4 Conclusions



		Data availability statement



		Author contributions



		Funding



		Conflict of interest



		References









		Food resources for Spoon-billed Sandpipers (Calidris pygmaea) in the mudflats of Leizhou Bay, southern China



		Introduction



		Materials and methods



		Study area



		Benthos sampling



		Estimation of shallow pool area proportion



		Sediment analysis



		Prey of Spoon-billed Sandpipers



		Data analysis









		Results



		Sediment characteristics



		Food resources



		Prey of Spoon-billed Sandpipers









		Discussion



		Food resources



		Environmental factors affecting arthropod distribution



		Prey of Spoon-billed Sandpipers



		Conservation implications









		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		References









		Effects of ecological restoration on soil biogenic elements and their ecological stoichiometry in the Yellow River Delta, China



		1 Introduction



		2 Materials and methods



		2.1 Study area and ecological restoration description



		2.2 Sample collection and analysis



		2.3 Statistical analysis









		3 Results



		3.1 Contents of biogenic elements and ecological stoichiometry and their comparisons between the restored and unrestored sites



		3.1.1 Contents of SOC, TN, TP and TS



		3.1.2 Ecological stoichiometry ratios of C/N, C/P, C/S, and N/P



		3.1.3 Comparison between restored and unrestored sites









		3.2 Results of profile analysis of biogenic elements and ecological stoichiometry in the Yellow River Delta



		3.2.1 Profile analysis of SOC, TN, TP, TS



		3.2.2 Profile analysis of C/N, C/P, C/S, and N/P









		3.3 RDA of the correlation between soil physicochemical properties and soil biogenic element contents and their stoichiometric ratios









		4 Discussion



		4.1 Potential mechanism of the changes in biogenic elements and ecological stoichiometry under ecological restoration



		4.2 Implications for ecological restoration









		5 Conclusion



		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		References









		Crab contributions as an ecosystem engineer to sediment turnover in the Yellow River Delta



		Introduction



		Materials and methods



		Study area



		Crab density and size



		Crab burrow morphology



		Water depth and sediment properties



		Crab excavation amount



		Sediment deposition amount and turnover rate



		Statistical analyses









		Results



		Crab burrow density and water depth along the elevation gradient



		Sediment properties



		Crab burrow morphology



		Main drivers of burrow morphology



		Sediment excavation and turnover rate









		Discussion



		Relationship between crab size and burrow diameter



		Burrow morphology characteristics and their main drivers



		Crab excavation and sediment turnover









		Data availability statement



		Author contributions



		Funding



		Conflict of interest



		References









		Characteristics and influencing factors of metal distribution in different wetlands of the Liaohe Delta, Northeastern China



		Introduction



		Materials and methods



		Soil sampling and determination



		Pollution index calculation



		Data analysis









		Results



		Contents of metals and nutrients in the Liaohe Delta wetland soils



		Spatial distribution of metals in wetland soils



		Profile distributions of metals in wetland soils



		Ecological risk of metals in the Liaohe Delta wetlands



		Relationship between metals and soil properties









		Discussion



		Effect of wetland type on the concentrations of metals in soil



		Effect of depth on the metal concentration in soil



		Effect of EC and nutrient elements









		Conclusions



		Data availability statement



		Author contributions



		Acknowledgments



		Conflict of interest



		References









		Artificial modifications lead to the formation of persistent bare patches in saltmarshes



		Introduction



		Materials and methods



		Study area



		Bare patches in the saltmarsh



		Tidal inundation monitoring



		Seed dispersal monitoring



		Effect of bare soil conditions on seed establishment



		Statistical analysis









		Results



		Characteristics of the tidal inundations on the marsh



		Seed dispersal on the different types of bare patches



		Soil conditions in the different types of bare patches



		Effect of soil compaction on seed establishment in the different types of bare patches









		Discussion



		Effects of fatal tidal inundation events and dikes



		Effects of soil compaction on seed colonization









		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		References









		Soil organic carbon stabilization and associated mineral protection in typical coastal wetlands under different hydrologic conditions



		Introduction



		Materials and methods



		Sampling sites, soil collection and analysis



		Statistical analysis









		Results



		Soil physiochemical characteristics in the four wetlands



		The contents and profile distribution of the two stabilized SOC fractions



		Comparison of Al, Fe and Si oxides in soils of the four wetlands



		Mineral phase indicators of Al, Fe and Si in the four wetlands



		Relationships between the two stabilized SOC fractions, Al/Fe/Si oxides, mineral phase indicators and soil properties









		Discussion



		Mineral contents and mineral phase indicators in the four wetlands



		SOC stabilization in the four wetlands



		Mineral protection on SOC stabilization and its controlling factors



		Direct influence of some edaphic factors on SOC stabilization









		Conclusions



		Data availability statement



		Author contributions



		Acknowledgments



		Conflict of interest



		References









		Spatiotemporal coastline variations in the Pearl River Estuary and the relationship with multiple human disturbances



		1 Introduction



		2 Materials and methods



		2. 1 Study area



		2.2 Data sources



		2.3 Coastline extraction and accuracy assessment



		2.3.1 Data preprocessing



		2.3.2 Coastline extraction and classification



		2.3.3 Accuracy assessment









		2.4 Exploration of coastline variations



		2.5 Exploration of effects of driving factors on coastline variation









		3 Results and discussion



		3.1 Spatiotemporal coastline variation



		3.1.1 Length variation in different types of coastlines



		3.1.2 Variation in morphology and land area of coastlines









		3. 2 Impacts of driving factors on coastline variation



		3.2.1 Changing trends of the impact factors



		3.2.2 Impacts of driving factors on natural coastline variation



		3.2.3 Impacts of driving factors on artificial coastline variation









		3.3 Management implications and prospects









		4 Conclusions



		Data availability statement



		Author contributions



		Funding



		Conflict of interest



		References









		Differential patterns and assembly processes of bacterial communities from distinct microhabitats in a subtropical estuary



		Introduction



		Methods



		Study area and sampling strategy



		Physicochemical analyses



		Molecular methods



		Bioinformatic analysis









		Results



		Alpha and beta diversity



		Bacterial composition and functional prediction



		Assembly processes and co-occurrence networks



		Environmental drivers









		Discussion



		Variations in bacterial diversity, structure and function



		Assembly processes and species interactions of the bacterial communities



		Impacts of physicochemical factors on estuarine bacteria









		Conclusion



		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		Supplementary material



		References









		Bacterial community characteristics in the rhizosphere of Suaeda glauca versus bulk soil in coastal silt soil modified by sea-sand and their implications



		1 Introduction



		2 Materials and methods



		2.1 Description of sampling area and sample collection



		2.2 Analysis of soil physico-chemical properties and plant salinity



		2.3 Soil total DNA extraction and high-throughput sequencing



		2.4 Data processing and statistical analysis









		3 Results



		3.1 Analysis of soil physico-chemical properties



		3.2 Bacterial diversity analysis



		3.2.1 Bacterial diversity and correlation analysis with environmental factors



		3.2.2 Analysis of bacterial community composition



		3.2.3 Analysis of bacterial species with significant differences between groups



		3.2.4 Co-occurrence network analysis of bacterial communities



		3.2.5 Predictive analysis of bacterial community function















		4 Discussion



		4.1 Characteristics of bacterial community in rhizosphere soil of S. glauca and its driving effect on carbon and nitrogen cycle



		4.1.1 Characteristics and action process of rhizosphere-associated carbon cycle bacterial communities in S. glauca



		4.1.2 Characteristics and action process of rhizosphere-associated nitrogen cycle bacterial communities in S. glauca









		4.2 Pathway of S. glauca growth promoting benign development of TCSS soils









		5 Conclusion



		Data availability statement



		Author contributions



		Funding



		Acknowledgments



		Conflict of interest



		Supplementary material



		References























OPS/images/fmars.2022.947908/fmars-09-947908-g005.jpg
7
72
g
>
=
Q
=2
O
>
=
=
F~

Water depth (m)
ater temperature (°C)






OPS/images/fmars.2022.1001449/im1.jpg





OPS/images/fmars.2022.947908/fmars-09-947908-g004.jpg
I : curved section I Flow velocity(m/s)

11 : straight section II 22
I1I : branched section III
IV : curved section IV 0

V : straight section V
Depth(m)
|

0






OPS/images/fmars.2022.1001449/fmars-09-1001449-g007.jpg
Organic nitrogen [ERESENENEENEEIEIE . o) ~
g .
Y Degradation \o @ %
= \

NH,"/NO; Degradation products ‘l O \\

Enter /N-cycle P

\

\

|

|

e e . X Oxidation Phototrophic bacteria 1
Nltrlfylng bac.terla e.g. g Roseovarius, |
2s p Nilrospira g Erythrobacter, 1
= = = 1

( 1

g degrading bacteria :

Reduction e.g. g Mariniflexile, !

DNRA-pathway bacteria Flavobacterium,
e.g. f Pseudomonadaceae C1-B045

Organic matter

@ N-cycle @ C-cycle

(O
00
&x{\(‘w

AV

NO,* /NO;





OPS/images/fmars.2022.947908/fmars-09-947908-g003.jpg
Cross sections

Unit

Measuring point






OPS/images/fmars.2022.1001449/fmars-09-1001449-g006.jpg
Relative Abundance(%)

100

~
n

n
=]

N
N

TCK

TSG

chemoheterotrophy (P<o.1)
aerobic_chemoheterotrophy (P <0.05)
fermentation
animal_parasites_or_symbionts
nitrate_reduction (P<0.1)
nitrate_respiration (P<0.1)
nitrogen_respiration (P<0.7)
human_pathogens_all
phototrophy
photoheterotrophy
human_pathogens_pneumonia
predatory_or_exoparasitic
nitrite_respiration
hydrocarbon_degradation
methylotrophy (p<.05)

methanol_oxidation (P<0.05)
photoautotrophy
respiration_of_sulfur_compounds
anoxygenic_photoautotrophy
human_gut

mammal_gut

dark_oxidation_of sulfur_compounds
iron_respiration (P<o.1)
sulfur_respiration (p<o.1)
dark_hydrogen_oxidation (P<0.1)
cellulolysis

intracellular_parasites
dark_sulfide_oxidation

ureolysis

dark_sulfur_oxidation

other





OPS/images/fmars.2022.947908/fmars-09-947908-g002.jpg
Suitability index
Suitability index

N A A D ' >
A MPUA A
% ({V %\
q9 \o %o
AN
Water depth(m)

e
P
=
=
o
>
e
:
o=
=
<
s
o
=]
AN

Suitability index

<18 1820 20-24 2429  >29 P LTIV
&o ,Qo ) ° S ° S ° S . ,Qo ) ° S . 7%.
Water temperature(°C) MO PN N
SFFSTFTI NS

Froude number





OPS/images/fmars.2022.1001449/fmars-09-1001449-g005.jpg
Phylum

Phylum
[ Proteobacteria [ Proteobacteria
I Bacteroidetes I Bacteroidetes
0 Firmicutes [ Actinobacteria
Il Actinobacteria I Firmicutes
| Im Gemmatimonadetes I Gemmatimonadetes
Acidobacteria .
] I Acidobacteria

I Dependentiae
|| Nitrospirae






OPS/images/fmars.2022.1001449/fmars-09-1001449-g004.jpg
B TCK ESEE TSG

o_Betaproteobacteriales
p_Bacteroidetes
¢_Bacteroidia
f_Rhodocyclaceae
f_Sphingomonadaceae
o_Sphingomonadales
g_Azoarcus
o_Rhizobiales

f Pseudomonadaceae
o_Pseudomonadales
¢_Mariniflexile

o_Oceanospirillales

f Nitrincolaceae
g_Marinobacterium
p_Acidobacteria
g_Subgroup 10
¢_Themoanaerobaculia
o_Thermoanaerobaculales

f_Thermoanaerobaculaceae

-4 3 22 -1 0





OPS/images/fmars.2022.888605/fmars-09-888605-g003.jpg
log N (mg/kg)

y=2.47+0.96 x
R*=0.92, P<0.001

02  -0.1 0.0
log OM (%)

0.1

log Ba (mg/kg)

2.80

2.78

2.76

2.74

y=275-0.12 x
R*=0.76, P<0.001

0.0 0.1 0.2
log OM (%)

0.3





OPS/images/fmars.2022.888605/fmars-09-888605-g004.jpg





OPS/images/fmars.2022.888605/fmars-09-888605-g001.jpg
121°44'0"E 121°46'0"E 121°48'0"E 121°50'0"E 121°52'0"E

40°56'0"N

Z
o
N
v
[e]

o
<

Legend

A Dbare
®  Phrag

[ Suaeda

40°50'0"N






OPS/images/fmars.2022.888605/fmars-09-888605-g002.jpg





OPS/images/fmars.2022.888605/table3.jpg
No significant correlations Positive correlations

K 0.178 As 0.643" B 0.672* Ce 0.792 Dy 0.777* N 0.956*
Ti 0.214 Se 0.456™ Mg 0.724* Pr 0.773* Ho 0.772 P 0.771*
Y 0.125 Mo 0.730™ Cr 0.620™ Ni 0.722** Zn 0.763* A 0.639*
Negative correlations Cd 0.770" Al 0711 Nd 0.768** Er 0.748* Co 0.685*
Na -0.361* Sn 0.676™ S 0.422 Sm 0.756" Tm 0.752** Cu 0.785"
Ba -0.843" Sb 0.679" Ca 0.270* Eu 0.739* Yb 0.699
Sr -0.700* Pb 0.800" Mn 0.684* Gd 0.797* Lu 0.723*

Hg 0.492* Fe 0.691* To 0.780* La 0.793*

Asterisks indicate significant differences: *P< 0.05, **P< 0.01.
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Variables % of variation Contribution Pseudo-F P
explained (% of variation
explained)

oM 42.7 754 45.4 0.002
EC 7.5 13.3 9.0 0.002
pH 3.0 5.3 3.9 0.006
SS 2.7 4.9 3.4 0.018
Total 55.9 98.9
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Topological Parameters Mangrove soil

Num. nodes *

Num. edges ®

Average degree ©
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Average clustering coefficient ©

Modularity ©

"Number of OTUs after dataset filtration.
"Number of significant (p < 0.05) correlations between nodes.

“Number of connections (on average) each node has to the other nodes in the network.

“The capability of the nodes to form highly connected communities.
“The degree to which nodes tend to cluster together.
"Modularity indicate that the network has a modular structure.
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Group Number of Density (ind/  Percentage*

species m?)
Bivalves 20 49 19%
Gastropods 22 102 40%
Arthropods 13 105 41%
Fish 2 0.6 0.2%
Echinoderms 1 0.2 0.07%

*Percentage of the total number of macrobenthos.
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2020 China’ World* 2021 China

Leizhou, Zhanjiang, Guangdong 28 57%
Hepu, Beihai, Guangxi 0 -

Yangjiang, Guangdong 8 16%
Fangchenggang, Guangxi 10 20%

“Data was from SBS winter report 2022 (SBS Conservation Alliance, 2022).
'Percentage of wintering population of Spoon-billed Sandpipers in China.
*Percentage of global wintering population of Spoon-billed Sandpipers.

14% 33 54%
- 0 -
4% 4 7%
5% 9 15%

The observers was SBS Conservation Alliance.
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Site

Southern China
Mottama, Myanmar
Nanthar. Myanmar

Sonadia, Bangladesh

2020

49

105
18
12

World

24%

51%
9%
6%

2021

61
42

World

45%

31%
4%
3%

2022

67
80

World

38%
45%
4%
2%

*Data obtained from SBS Wintering Census Report 2022 (EAAF SBS Top Force, prep.). The observers in China, Mottama, Nanthar, and Sonadia were MCF, NCS, Ren Nou Soe, and

SUC, respectively.
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Functional groups

Shorebirds

Ducks

Herons

Gulls

Scientific name

Limosa lapponica®
Calidris tenuirostris®
Tringa guttifer®
Calidrris temminckif
Crocethia alba®

Xenus cinereus®
Calidris canutus®
Arenaria interpres®
Calidris pygmaea®
Calidris alpina®
Calidris ferruginea®
Haematopus ostralegus®
Charadrius mongolus®
Pluvialis squatarola®
Numenius phaeopus®
Charadrius leschenaulti®
Recurvirostra avosetta®
Gallinago gallinago
Limosa limosa
Numenius madagascariensis
Tringa stagnatilis
Tringa nebularia
Tringa ochropus
Scolopax rusticola
Numenius minutus
Actitis hypoleucos
Limnodromus semipalmatus
Tringa erythropus
Tringa totanus
Phalaropus lobatus
Calidris acuminata
Limicola falcinellus
Tringa glareola
Philomachus pugnax
Glareola maldivarum
Himantopus himantopus
Charadrius alexandrinus
Calidris ruficollis
Tringa brevipes
Pluvialis fulva
Charadrius dubius
Numenius arquata
Calidris subminuta
Charadrius placidus
Anas strepera®

Anas crecca®

Aythya ferina®
Bucephala clangula®
Tadorna ferruginea
Tadorna tadorna

Anas falcata

Anas penelope

Anas platyrhynchos
Anas poecilorhyncha
Anas clypeata

Anas acuta

Anas querquedula
Aythya fuligula
Mergellus albellus
Mergus merganser
Mergus serrator
Bubulcus ibis®
Platalea leucorodia®
Platalea minor*
Egretta eulophotes®
Ardea cinerea

Ardea purpurea
Casmerodius albus
Mesophoyx intermedia
Ardeola bacchus
Sterna albifrons®
Larus crassirostris®
Larus saundersi®
Larus relictus®

Larus ridibundus®
Chlidonias leucopterus
Sterna caspia

Sterna hirundo
Chlidonias hybrida
Larus argentatus

Common name

Bar-tailed godwit
Great knot
Nordmann'’s greenshank
Temminck’s stint
Sanderling

Terek sandpiper

Red knot

Ruddy turnstone
Spoon-billed sandpiper
Dunlin

Curlew sandpiper
Eurasian oystercatcher
Lesser sand plover
Grey plover
Whimbrel

Greater sand plover
Pied avocet
Common snipe
Black-tailed godwit
Far Eastern curlew
Marsh sandpiper
Common greenshank
Green sandpiper
Eurasian woodcock
Little curlew
Common sandpiper
Asian dowitcher
Spotted redshank
Common redshank
Red-necked phalarope
Sharp-tailed sandpiper
Broad-billed sandpiper
Wood sandpiper

Ruff

Oriental pratincole
Black-winged stilt
Kentish plover
Red-necked stint
Gray-tailed tattler
Pacific golden plover
Little ringed plover
Eurasian curlew
Long-toed stint
Long-billed plover
Gadwall

Eurasian teal
Common pochard
Common goldeneye
Ruddy shelduck
Common shelduck
Falcated duck
Eurasian wigeon
Mallard

Spot-billed duck
Northern shoveler
Northern pintail
Garganey

Tufted duck

Smew

Common merganser
Red-breasted merganser
Cattle egret

Eurasian spoonbill
Black-faced spoonbill
Chinese egret

Grey heron

Purple heron

Great egret
Intermediate egret
Chinese pond heron
Little tern

Black-tailed gull
Saunders’s gull

Relict gull
Black-headed gull
White-winged tern
Caspian termn
Common tern
Whiskered tern
Herring gull

SES

2.235
2.046
3.739
2.575
2171
3.680
2.086
2.027
4.827
2273
2.060
3.604
2.934
3.968
3.278
1.981
-2.530
1.390
-0.837
1.828
-0.500
1917
-0.128
-0.263
-0.036
0.604
-0.812
-0.192
0.372
0.317
0.306
-0.939
-0.142
-0.975
-0.767
-0.448
0.964
0.435
0.286
-1.057
0.149
0.298
-0.426
-1.860
2.498
2.489
2.727
-2.021
-0.764
-0.528
0.450
1.198
0.513
0.513
1.460
0.329
0.621
1.025
0.090
0.106
-1.053
2.294
2.820
2.451
2.471
1.663
0.728
1.826
1.913
-1.059
1.988
5.556
2128
2193
-3.205
-1.032
0.403
0.133
-0.097
1.295

Conservation status

Not listed
Class II

Class |

Not listed
Not listed
Not listed
Not listed
Class Il

Class |

Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Class Il

Not listed
Not listed
Not listed
Not listed
Class Il

Not listed
Class Il

Not listed
Not listed
Not listed
Not listed
Class Il

Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Class Il

Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Class Il

Not listed
Not listed
Not listed
Class Il

Class |

Class |

Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Not listed
Class |

Class |

Not listed
Not listed
Not listed
Not listed
Not listed
Not listed

Species in National Protected Species class | or Il were assigned as protected; others, “Not listed,” as not protected.

“Significant dependence on natural wetland.
bSignificant dependence on artificial wetland.
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Phylum Order Species Density (ind/m”) size range (mm) Frequency of Occurrence (%) Dominance

Arthropoda Amphipoda Monoculodes koreanus 48 2-6 (N =193) 79 0.3560
Cumacea Diastylis tricincta 27 2-5 (N = 104) 70 0.1762
Amphipoda Grandidierella japonica 15 1-5 (N = 55) 64 0.0924
Mysida Archacomysis kokuboi 6 5-18 (N = 19) 33 0.0186
Decapoda Ogyrides striaticauda 3 4-13 (N = 12) 24. 0.0069
Amphipoda Monocorophium 3 2-6 (N = 15) 18 0.0050
acherusicum
Decapoda Diogenes edwardsii 2 5-10 (N =7) 15 0.0028
Amphipoda Melita koreana 0.6 3-4(N=3) 6 0.0003
Decapoda Philyra olivacea 0.2 4(N=1) 2 0.0001
Decapoda Philyra minuta 0.2 2(N=1) 3 0.0001
Decapoda Alpheus pacificus 0.2 11 (N=1) 3 0.0001
Decapoda Neoxenophthalmus obscurus 0.2 3(N=1) 3 0.0001
Amphipoda Listriella curvidactyla 0.2 4(N=1) 3 0.0001
Chordata Pleuronectiformes ~ Cynoglossus gracilis 03 1B(N=1) 3 0.0001
Scorpaeniformes  Platycephalus indicus 03 19(N=1) 3 0.0001
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