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Editorial on the Research Topic 


Innovative approaches to coral reef science by early career researchers


Coral reefs are facing numerous threats including climate change, ocean acidification, coastal development, pollution, overfishing, coral disease, and other disturbances (Bellwood et al., 2004; Setter et al., 2022). Improving the understanding of these ecosystems to help stem their decline requires the integration of innovative technologies. This Research Topic aims to showcase and acknowledge high-quality work from outstanding researchers in the early stages of their careers, particularly of those who obtained their Masters or PhD within the last 10 years from a wide range of fields in coral reef science. This Research Topic highlights the novel and transformative work of 14 contributions conducted by early career scientists from institutions across the globe and provides a forum for the development of the emerging technologies and the integration of these methods to address questions in coral reef ecosystems (Figure 1). The articles implement innovative approaches for reef monitoring and intervention to aid the recovery of coral reefs. They also explore new methods and models to detect and understand coral reef stressors, such as thermal and light stress, acidic water, and microplastics. In addition, different methods are used to investigate trophic strategies in mesophotic reefs, characterize sexual dimorphism, and delineate species using three-dimensional skeletal features.




Figure 1 | Geographic locations of the studies undertaken and representative topic categories of contributions to the Research Topic: Innovative Approaches to Coral Reef Science by Early Career Researchers. Reef monitoring: 1) Grady et al., 2) Steyaert et al., 3) Yadav et al.; assisting recovery: 4) Hylkema et al., 5) Röepke et al., 6) Torda & Quigley; stressors and metabolism: 7) Bove et al., 8) da Silva & Kampel, 9) Galindo-Martínez et al., 10) Buerger et al., 11) Chiles et al., 12) Carmignani et al.; morphological architecture: 13) Pedraza-Pohlenz et al., 14) Ramírez-Portilla et al. Geographic locations are based on first-author affiliations in modeling and experimental studies (6, 9, 10).






Innovative approaches in reef monitoring

Interactions between macroalgae and other benthic taxa can result in changes in community composition (Brown et al., 2018), whereby dominant taxa outcompete other species in reef ecosystems. Grady et al. present an example of how molecular genetics and scanning electron microscopy can be paired with ecological monitoring to document coral reef ecosystem change and benthic community composition reshuffling. The authors analyzed long-term ecological data (2003-2020) on the western coast of Hawaii, documenting changes in the distribution of calcifying crustose macroalgae. They also validated the presence of a newly described taxon (Ramicrusta hawaiiensis) in shallow intertidal habitats, expanding the known distribution for this taxon. This multidisciplinary study provides a baseline for monitoring ecologically important taxa and improves our understanding of algal ecology and biodiversity in Hawaii.

Cryptobenthic organisms may escape notice next to flashy teleosts and anthozoans, but they harbor high biodiversity and include members critical to coral reef function (de Goeij et al., 2013). Standardized autonomous reef monitoring structures (ARMS) have facilitated species identification and biomass estimation for these taxa (Pearman et al., 2018), but linking these data to physical reef settings has proven difficult in remote locations. Steyaert et al. employed ARMS and in situ environmental measures to assess cryptobenthic diversity and compared them to remotely sensed data. Ex situ data missed some events entirely (e.g., internal waves) and qualitatively rearranged site rankings with respect to temperature and wave height, underlying the importance of in situ data logging.

New monitoring approaches can help survey coral reefs and improve the understanding of their responses to climate change (Apprill et al., 2023). Yadav et al. used structure-from-motion photogrammetry to track spatial changes in community composition, coral bleaching, and mortality during a marine heatwave 2019 in Kāne‘ohe Bay, Hawaii. After following the fate of thousands of coral colonies during and after a bleaching event (4 months and one year after), and measuring environmental variables, the authors documented spatial heterogeneity in bleaching and mortality. Bleaching was more severe with up to 80% of corals showing signs of stress in sites dominated by heat-sensitive coral species, whereby mortality was influenced by high temperature, heat-sensitive species, and high morphology complexity of coral colonies. This study provides a novel link between heat-stress response and habitat complexity, 3D models, and a digital baseline for tracking the effects of bleaching and mortality in coral reefs.





Assisting the recovery of coral reefs

Macroalgae can become dominant in the absence of herbivory and constrain the recruitment and recovery of reef corals (Box and Mumby, 2007). The decimation of the sea urchin Diadema antillarum in the Caribbean has allowed an increase in macroalgae cover and a reduction of coral recruitment (Myhre and Acevedo-Gutiérrez, 2007). Hylkema et al. propose Assisted Natural Recovery as a new way to restore D. antillarum populations, which consists of hastening recruitment by identifying and removing barriers to natural population succession. The authors showed that lack of suitable settlement substrates and low post-settlement survival limit the recovery of D. antillarum.

Organismal behaviors can be highly sensitive indicators of environmental contaminants (Weis, 2014). Röepke et al. examined the impacts of antifouling coatings on the swimming behaviors of early-stage larvae of Acropora millepora to assess the potential uses of these non-toxic treatments in aquaculture for coral restoration. The authors show evidence for antifouling coatings effects on larval swimming, thus larval behaviors can be used as a sensitive toxicity indicator of non-lethal coral stress. By providing a guided manual on automatic image acquisition to track coral larval behaviors, the authors contribute towards developing standardized monitoring tools for cnidarian behavior with implications for improving coral health and survival in restoration efforts.

The goal of assisted evolution is to preserve and restore ecosystems by enhancing adaptative traits of species threatened by climate change (van Oppen et al., 2015). Thus, the main factors driving adaptive capacities must be quantified to determine the feasibility of success and the risks of genetic interventions in the wild. Torda & Quigley used polygenic metapopulation adaptation models to evaluate how active interventions may influence adaptation in wild populations. This study demonstrates that three factors are the main drivers of natural adaptation rates: genetic diversity, population connectivity, and additive genetic variance. Interventions are most effective in populations with low genetic diversity and during a cold-to-warm phase of an El Niño-Southern Oscillation like events. The authors also provide a global meta-analysis of the genetic diversity found in tropical reef-building corals and show how evolutionary models can be used to set thresholds and guide decision support around active genetic interventions.





Understanding coral reef stressors

Coral health is threatened by many different environmental stressors, to which they can respond in varied ways (Kaniewska et al., 2015). Studies based in laboratory experiments usually focus on single stressors and its response mechanisms, while there is limited knowledge about how the interactions among stressors affect corals (Rivera et al., 2021). Bove et al. employed a multifactorial approach in their study of the staghorn coral (Acropora cervicornis), comparing the independent and combined effects of a future ocean (warm, acidic water) and microplastics on gene expression, algal symbionts, and other members of the microbiome. Gene expression showed the strongest response, while algal and bacteria community compositions changed little. Notably, stressor interactions elicited higher expression changes in immune response genes than either single stressor. Thus, these results suggest that microplastic pollution may interact with ocean acidification and warming to trigger a more severe molecular response in this taxon, and potentially other, coral species.

Thermal stress tolerance to bleaching in corals can vary along their range of distribution (Dixon et al., 2015). Depending on the heritability of this tolerance, gene flow can potentially facilitate adaptation to warming seas (Kleypas et al., 2016). da Silva & Kampel tested for the possible impact of such connectivity using a biophysical model grounded in the life history of a common Brazilian coral (Mussismilia hispida) and decades of sea surface temperature data. While the effects of connectivity could increase or decrease the thermal stress thresholds of a given population, the positive effects were greatest at either end of the species’ range, where the challenges of warming waters should be most acute.

The loss of microalgal symbionts following heat stress can result in elevated irradiance within the coral host’s tissue leading to further photodamage and ultimately significant bleaching (Wangpraseurt et al., 2017). However, increased production of animal chromoproteins during this period can facilitate coral recovery, although the mechanisms remain obscure (Gómez-Campo et al., 2022). Galindo-Martínez et al. developed a model to evaluate the role of coral chromoproteins in setting the optical properties of coral tissues, thereby modulating their internal light environment. Their simulations suggest that up-regulation of host chromoproteins can reduce light intensity by up to 11% in hospite when present individually, and by up to 24% when present in combination. Such reductions may help prevent the full development of bleached phenotypes in stressed corals, thereby facilitating a more rapid recovery and symbiont re-colonization after bleaching.

A major driver of coral bleaching is thought to be the excess production of reactive oxygen species (ROS) within chloroplasts and mitochondria of the microalgal symbionts during heat stress (Szabó et al., 2020). However, strains of Symbiodiniaceae differ in their susceptibility to ROS production as well as their capacities for ROS scavenging (Suggett et al., 2017), contributing to differences in microalgal thermal tolerance. Buerger et al. employed flow cytometry to rapidly screen and identify thermotolerant Cladocopium strains based on intracellular stress indicators following heat exposure. Strains previously selected for their capacity to confer thermal tolerance to the coral host had the lowest ROS titers and displayed elevated ROS scavenging capacity relative to both non-selected (i.e., “wild type”) and selected, but non-thermally beneficial, strains. Their results provide further evidence for the role microalgal ROS management plays in determining holobiont thermal tolerance, and suggest that flow cytometry can be a useful tool to rapidly identify microalgal strains with enhanced thermal tolerance.





Insights into coral metabolism

Historically, metabolic analyses targeting scleractinians have primarily investigated mechanisms of holobiont carbon exchange (Furla et al., 2000). However, focus has widened to include consideration of the role other metabolic substrates, such as ammonium, may play in maintaining photosymbioses (Rädecker et al., 2015). Given the potential for rising ocean temperatures to alter rates of nitrogen uptake in reef-building corals (Rädecker et al., 2020), Chiles et al. investigated the effects of exposure to elevated temperature on host nitrogen assimilation and metabolism. Using isotopic labeling (15N) they demonstrated a compartmentalization between amino acid and dipeptide production in scleractinian corals with rapid turnover of the latter metabolite pool. This suggests that rapid microalgal dipeptide synthesis may hamper the host’s ability to regulate symbiont proliferation through nitrogen restriction and may therefore contribute to holobiont susceptibility to acute heat stress.

Little is known about how corals maintain their metabolic homeostasis in mesophotic environments, where light is scarce and sampling is challenging (Lesser et al., 2010). Carmignani et al. assessed tropic strategies of five coral species across a 40-75 m depth gradient in Western Australia, based on stable isotope analysis, photophysiological measurements, and protein concentration. Despite living at 1% of their surface irradiance, three of the studied species rely on autotrophy as the main source of metabolic energy, whereas the others appear to be more heterotrophic. This study highlights species-specific acclimation strategies and physiological limits of corals to suboptimal environments.





Approaches in morphological architecture

Reproductive modes carry different energetic costs (Hall and Hughes, 1996), which may lead to varying levels of sexual dimorphism. In modular organisms, such as corals, morphology architecture and the integration of its units (modularity) can suffer modifications in response to environmental conditions (Paz-García et al., 2015). Still, no such modularity has been investigated between sexes in corals. Pedraza-Pohlenz et al. demonstrate sexual dimorphism in the corallite dimension of two reef-building species, Porites lobata (gonochoric broadcast spawner) and Porites panamensis (gonochoric brooder). The corallite area was smaller, with higher trait integration in females than in males in P. lobata, while P. panamensis had an opposite pattern between sexes. Varying patterns of sexual dimorphism between reproductive modes may be related to the different selective pressures faced by each sex.

The study of morphological variation is crucial for understanding the role of evolution, function, and plasticity in speciation (Todd, 2008; Pereira et al., 2021). Ramírez-Portilla et al. use a three-dimensional analysis to help delineate species in the morphologically diverse and taxonomically challenging coral genus Acropora. Results revealed significant differences of the morphogroups based on 3D-variables, highlighting the potential use of this method in combination with other independent lines of evidence for the discrimination of morphologically complex organisms.

This Research Topic provides a timely compilation of innovative valuable approaches and high-quality research led by early career scientists around the world. The science presented here is spearheaded by the upcoming generation of scientific authorities. We hope this Research Topic promotes an optimistic view towards the global coral crisis. It encourages the scientific community to continue their efforts in finding effective solutions to the challenges faced by reef ecosystems in our changing world.
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The massive die-off of the sea urchin Diadema antillarum in 1983–1984 is one the main reasons for low coral recruitment and little coral recovery in the Caribbean. As the natural recovery of D. antillarum is slow to non-existent, multiple restoration studies have been attempted. There are currently three different approaches to obtain individuals for restocking: the translocation of wild-collected juveniles or adults, lab-reared juveniles cultured from wild-collected settlers, or lab-reared juveniles cultured from gametes. All three methods are costly and can only be applied on a relatively small scale. We here propose a fourth, new, approach, which we term assisted natural recovery (ANR) of D. antillarum populations. ANR, a concept already applied in terrestrial restoration to restore forests and grasslands, can accelerate succession by removing barriers to natural recovery. In this study, performed on the Dutch Caribbean island of Saba, suitable settlement substrate was provided in the form of bio ball streamers that were attached to the reef shortly before the settlement season. At the end of the experiment, reefs with streamers had significantly higher D. antillarum recruit densities than control reefs without additional settlement substrate, indicating that the lack of settlement substrate is an important factor constraining natural recovery. However, D. antillarum recruit abundance was low compared to the measured settlement rates, possibly due to low post-settlement survival. The size distribution of recruits showed that recruits almost never became larger than 20 mm, which is likely due to predation. We conclude that, next to low settlement availability, low post-settlement survival and high predation on recruits also constrain the natural recovery of D. antillarum populations on Saba. To improve the survival of settlers till adults, we propose to 1) reduce predation on settlers by using bio balls or other substrates that can provide shelter to larger individuals and 2) optimize the reef habitat by removing macroalgae, either manually or by facilitating other herbivores. To improve the survival of recruits, we suggest to 1) choose sites with a known lower predation density or 2) protect recruits with a corral around the reef underneath the streamers. The combination of these measures could improve prospects for ANR, and we expect this new approach can contribute to the recovery of D. antillarum populations in the future.
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Introduction

The accelerated degradation of Caribbean coral reefs started in the 1970s, when diseases decimated the most important reef-building corals (Gladfelter, 1982; Aronson & Precht, 2001). The decennia that followed were characterized by sequential losses in coral cover by hurricanes, global warming, and additional diseases (Jackson et al., 2014). The degradation of Caribbean coral reefs proceeded quicker than in the Indo-Pacific region, largely because of exceptionally low coral recruitment rates (Precht et al., 2020). This was mainly a consequence of overfishing of herbivorous fish (Jackson et al., 2001; Pandolfi et al., 2003), followed by a massive die-off of the sea urchin Diadema antillarum in 1983 and 1984 (Lessios et al., 1984). At the time of the die-off, D. antillarum was the most abundant remaining herbivore on Caribbean reefs. After 98% of the population had succumbed (Lessios, 2016), the cover of macroalgae increased within days (Carpenter, 1988) and macroalgae have remained dominant on many Caribbean reefs since then (Jackson et al., 2014). Macroalgae are principal competitors of adult corals (Jompa & McCook, 2002; Box & Mumby, 2007) and limit coral recruitment (McCook et al., 2001, Box & Mumby, 2007; Arnold et al., 2010), thereby reducing the ability of the coral reef to recover from disturbances.

With a few exceptions (Carpenter & Edmunds, 2006; Debrot & Nagelkerken, 2006; Myhre & Acevedo-Gutiérrez, 2007), mostly limited to shallow and sheltered waters, the recovery of D. antillarum populations has been very slow to non-existing (Lessios, 2016). The underlying factors constraining the recovery of D. antillarum are not exactly known and will very likely differ per location (Lessios, 2016). For instance, studies of D. antillarum settlement rates show that at some locations, for example, around Puerto Rico (Williams et al., 2011), the Florida Keys (Miller et al., 2009), and Mexico (Maldonado-Sánchez et al., 2019), settlement rates can be very low throughout the year. At these locations, low fertilization success (Lessios, 1988; Lessios, 2005; Feehan et al., 2016) and the lack of an upstream larval source-population (Roberts, 1997) possibly constrain recovery. At other locations, for example, around Curaçao (Vermeij et al., 2010), Puerto Rico (Williams et al., 2010; Williams et al., 2011), St. Eustatius (Hylkema et al., 2022), and Saba (Klokman & Hylkema, in prep), peak settlement rates are in the same order of magnitude as measured before the die-off around Curaçao (Bak, 1985). Hence, at these locations, other factors seem to constrain the natural recovery of D. antillarum.

At the few places where D. antillarum densities on the reef actually recovered, this was correlated with a decrease in macroalgae and an increase in coral recruitment (Edmunds & Carpenter, 2001; Carpenter & Edmunds, 2006; Myhre & Acevedo-Gutiérrez, 2007; Idjadi et al., 2010). These results highlight the importance of the recovery of D. antillarum for increased resilience of Caribbean coral reefs (Lessios, 2016). However, since it could take decades before D. antillarum populations recover naturally throughout the Caribbean (Chiappone et al., 2013) and a new die-off is again reducing population densities in parts of the Caribbean in 2022 (AGRRA, 2022), active intervention might help accelerate D. antillarum recovery (Adam et al., 2015). Three different methods have so far been attempted to help restore D. antillarum populations, and all rely on the restocking of juvenile or adult individuals. These are either obtained by translocating wild D. antillarum from recovered populations (Maciá et al., 2007; Burdick, 2008; Dame, 2008), by collecting settlers and headstarting them till the juvenile stage in a land-based nursery (Williams, 2017; Williams, 2022) or by culturing juveniles in captivity through their larval stages starting from gametes (Pilnick et al., 2021; Wijers et al. in prep).

When using wild D. antillarum for restocking, a local, stable population is needed with thousands of individuals that can likely be transplanted without too many consequences for the donor location itself. This is seldom the case. Collecting juvenile D. antillarum with settlement collectors and raising them in a land-based facility appears more feasible and has already been successfully achieved on Puerto Rico (Williams, 2017; Williams, 2021). D. antillarum cultivation from gametes is an alternative method to produce juveniles year-round. Despite the sensitive nature of the larvae and the relatively long larval phase (Eckert, 1998; Bielmyer et al., 2005), several lab-based culture runs have recently produced over 100 settlers (Pilnick et al., 2021, Wijers et al. in prep). In contrast to using wild-caught individuals, headstarting collected settlers and culturing juveniles in the laboratory from gametes appear scalable, but the costs per juvenile remain relatively high, limiting the large-scale restoration potential of these methods. To circumvent the limitations of current restoration techniques, we here propose assisted natural recovery (ANR) as a new, scalable approach for restoring D. antillarum populations.

ANR is practiced in terrestrial ecosystems to aid the recovery of grasslands (Coiffait-Gombault et al., 2011) and forests (Hardwick et al., 2004; Shono et al., 2007; Mackenzie & Naeth, 2010). ANR aims to accelerate succession by reducing barriers to natural ecosystem recovery. It is an alternative to replanting practices and can be applied on a large scale at a relatively low cost. As the success of ANR is dependent on natural recovery processes, it only functions if some form of natural succession is already in progress (Hardwick et al., 2004; Shono et al., 2007). For forest regeneration, it often means the introduction of seed banks, the removal of competitors, and the minimization of disturbances (Hardwick et al., 2004; Shono et al., 2007). There are some analogies between forest regeneration and D. antillarum restoration. Just like the fact that trees can be replanted, restocking D. antillarum is possible. However, it is often resource consuming and therefore remains relatively limited in scale. At the same time, the essential conditions for natural recovery, indicated by high D. antillarum settlement rates on artificial substrates (Vermeij et al., 2010; Williams et al., 2010; Williams et al., 2011; Hylkema et al., 2022), appear to be present at certain locations. However, high settlement rates on artificial substrates do not always result in natural recovery of D. antillarum populations. This discrepancy can most likely be explained by two barriers to natural recovery, either low natural settlement substrate availability (Rogers and Lorenzen, 2008) or low postsettlement survival, for example, through high predation pressure or low shelter availability (Bechtel et al., 2006; Vermeij et al., 2010; Williams et al., 2011; Hylkema et al., 2022).

ANR of D. antillarum might be possible if suitable settlement substrate is provided and/or if post-settlement mortality is reduced. Hylkema et al. (2022) compared five different types of D. antillarum settlement collectors. It was concluded that strings of plastic bio balls (Figure 2; hereinafter termed “bio ball streamers”) deployed mid-water were the most effective and reproducible method to monitor D. antillarum settlement. This study investigated if bio ball streamers attached to the reef shortly before the settlement season in an area with high potential settlement rates can enhance actual settlement and will result in an increased recruitment of D. antillarum. As such, this study aimed at providing insight whether the availability of suitable settlement substrate is the major barrier in the recovery of D. antillarum.




Figure 2 | (A) Patch reef (no. 4) with streamers on which the transect tape is removed after monitoring. (B) Streamer with buoy and (C) Close-up of bio balls.





Materials and Methods

In April 2021, six patch reefs were selected at the Southwestern corner of Saba, Caribbean Netherlands, at the dive site locally known as Ladder Labyrinth. Coral reefs at this location developed on hard substrate of volcanic origin (Polunin & Roberts, 1993). The patch reefs were selected to be similar in terms of high shelter availability, a longest dimension of 6–12 m, and at a depth of approximately 15 m. This resulted in the selection of 2 smaller reefs and 4 larger reefs at a depth of 12–18 m (Table 1). To assign experimental treatments, each reef was paired to the reef with the most similar largest dimension. For each pair, treatment and control were randomly assigned, resulting in three treatment and three control reefs (Figure 1). Permanent markers were attached to both sides of the widest cross section of each reef to mark the monitoring area.


Table 1 | Perpendicular dimensions, depth, and experimental surface area of the patch reefs.






Figure 1 | Location of Saba, Caribbean Netherlands in the Caribbean region and location Ladder labyrinth, showing the positions of the experimental reefs and proxy streamers.



To enhance D. antillarum settlement, nine streamers, consisting of 30 bio balls stringed on a fishing line (Figure 2), were attached to each treatment reef right before the start of the settlement season (Hylkema et al., 2022) in May 2021. The bio balls were 3 cm in diameter and made from polypropylene (PP). The streamers were attached to stainless steel rings, which were epoxied into the reef matrix and kept upright using a small buoy on top. Streamers were approximately 1 m long and had a planar surface of 0.04 m2. The streamers were placed close to the transect line that was deployed between the two permanent markers. The experimental area was a band of reef 1 m to each side of the transect line. The control reefs were left undisturbed.

To get an indication of settlement on the streamers attached to the reefs, three extra sets of three streamers were attached to separate cinder blocks. These streamers functioned as a proxy for the streamers on the reef and were replaced monthly to get an indication of settlement on the streamers attached to the reef. Each cinder block was placed at a 2-m distance from a treatment reef on sand. Extra fishing line was used to position each set of proxy streamers at the same depth as the streamers attached to the reef. To determine settlement on the proxy streamers, divers removed the streamers from the cinder block, stored them in a ziplock bag, and immediately attached new streamers. Once on the boat, the ziplock bags were stored in a cooler and transported to land. Each proxy streamer was shaken vigorously in five different white trays, and the number of D. antillarum settlers in each tray was precisely determined (Hylkema et al., 2022). Used streamers were rinsed in fresh water for 24 h and sun-dried before they were redeployed at the next monitoring. To provide insight in the period that D. antillarum settlers remained on the streamers and the suitability of streamers with a longer soaking time as a settlement substrate, six additional sets of three proxy streamers were deployed at the start of the experiment using the above-described methods. Three of these sets were retrieved and analyzed after 3 months and three after 6 months, at the end of the experiment.

The abundance of D. antillarum recruits on all six experimental reefs was determined every month, starting at the beginning of the experiment (May 2021) and ending 6 months later (November 2021) for a total of seven monitoring events. Monitoring was conducted during the day. A transect tape was positioned between the two permanent markers, and the area from 1m left to 1m right of the transect was thoroughly searched by trained observers for D. antillarum recruits using underwater flashlights. The test size of all recruits was estimated to the nearest millimeter using long-jawed calipers. The search time for recruits was standardized to 10 min per reef, excluding the time needed to record and measure the observed D. antillarum. After the monitoring, all D. antillarum were left undisturbed on the reefs.

To determine in which month D. antillarum recruits on the reefs could have settled, we used published settlement sizes and growth rates. Cultivation experiments in the laboratory show that the size of D. antillarum settlers is 0.5 mm (Eckert, 1998) and growth rates are linear for the first year (Idrisi et al., 2003). The initial growth in the laboratory was on average 3 mm per month (Idrisi et al., 2003), while observations in the field show that small juveniles in the size range of 4–11 mm can grow up to 6.7 mm per month (Randall et al., 1964). The predicted size ranges per monitoring and settlement month based on settlement and growth parameters from the literature are given in Table 2.


 Table 2 |  Estimated size range (mm), based on growth rates fromIdrisi et al. (2003) and Randall et al. (1964), per settlement and monitoring month.




Statistical Analysis

A one-way ANOVA was used to determine if the settlement on the proxy streamers differed by month. Initial model validation, using untransformed data, indicated non-normality of the residuals and heterogeneity of the variance, which was corrected for using a square root transformation of the D. antillarum counts per streamer. Tukey post-hoc tests were performed to identify the months with significantly different settlement rates.

A Kruskal–Wallis test was conducted to determine if soaking time of the streamers had an effect on the number of D. antillarum per streamer. Streamers with a soaking time of 3 and 6 months (respectively collected in August and November 2021) were compared with streamers with a soaking time of only 1 month (collected in June 2021). A post-hoc Dunn’s test was performed to detect differences in settlement densities for different soaking times. To assess the effect of streamers with a longer soaking time on new settlement, Mann–Whitney U tests were conducted to compare settlement on streamers with a soaking time of 3 and 6 months with streamers that had a soaking time of only 1 month, all of which were collected on the same day.


Linear mixed models were used for the statistical inference of the monthly D. antillarum abundance and recruit size on the patch reefs. Treatment, monitoring month, monitoring area, and the interaction between treatment and monitoring month were considered as fixed factors. To correct for the monthly repeated counts at the same reefs, reef ID was included as a random factor. Models were run using the lmer function in the R package “lme4” (Bates et al., 2015), and model selection and validation were performed according to Zuur et al. (2009). The Akaike Information Criterion (AIC) was used to select the best-fitting model. For recruit density, this was the model including treatment, monitoring month, and their interaction. For the recruit size, this was the model including only monitoring month. Plotting the residuals versus the fitted values revealed heterogeneity of variance, while a qqplot showed that the residuals were not normally distributed. Both issues were resolved when the density and size were square-root transformed. To test in which months treatment significantly affected D. antillarum density, treatment was contrasted within month using the package “emmeans” (Lenth and Herve, 2019).

All statistical analyses were performed with R (R Core Team, 2021) using R studio version 1.2.5001. All graphs were made using the R package “ggplot2.” P-values <0.05 were considered statistically significant and reported values are means ± standard deviation, except for the graphs, in which the standard error was used.




Results


Settlement on the Proxy Streamers

After 1 month (in June 2021), the first D. antillarum settlers were observed on the streamers (Figure 3). The average number of D. antillarum settlers on the proxy streamers (Figure 4) differed significantly per month (P<0.001, Table 3). Tukey post-hoc tests revealed that May (P < 0.004 for all comparisons) and June (P < 0.001 for all comparisons) differed significantly from all other months but not from each other (P = 0.239). The average number of D. antillarum settlers was 8.6 ± 3.2 streamer-1 in May, 14.9 ± 10.8 streamer-1 in June, and decreased to approximately 2–3 settlers per streamer for the remainder of the study. No significant differences were found between the other months.




Figure 3 | D. antillarum settler on a bio ball.






Figure 4 | D. antillarum settlers per streamer per month. The line connects averages (± SE) and gray points represent the replicate streamers. Averages sharing the same letter were not significantly different. A single result of 42 D. antillarum documented from a streamer in June falls outside the plotted y-axis limits but was used to calculate average (± SE).




Table 3 | Statistical inference, explanatory variables, test statistics, degrees of freedom, and P-values per response variable.



Apart from the proxy streamers that were replaced monthly, 18 additional streamers were deployed at the start of the experiment, of which nine were retrieved after 3 months and nine were retrieved after 6 months. Soaking time had a significant effect on the number of settlers (P < 0.001, Table 3). Streamers with a soaking time of 1 month, retrieved in June 2021, had 8.6 ± 3.2 D. antillarum. This decreased significantly to 0.2 ± 0.4 after 3 months, collected in August 2021, and to 0.4 ± 0.7 after 6 months, collected at the end of October 2021 (P < 0.001 for both comparisons). Streamers retrieved after 3 and 6 months did not differ significantly in their number of D. antillarum settlers.

Settlement on streamers with a soaking time of 3 and 6 months was also compared with streamers that were collected on the same day but had a soaking time of only 1 month. In July 2021, streamers with a soaking time of 1 month had 1.8 ± 1.4 D. antillarum settlers per streamer, which was significantly higher than the 0.2 ± 0.4 per streamer with a soaking time of 3 months (P = 0.004, Table 3). In October 2021, streamers with a soaking time of 1 month had 0.8 ± 0.8 D. antillarum settlers per streamer, which was not significantly different to streamers with a soaking time of 6 months, which had 0.4 ± 0.7 D. antillarum settlers per streamer.



Recruitment on the Patch Reefs

D. antillarum recruit abundance on the patch reefs (Figure 5) was significantly affected by treatment (streamers vs. control, P = 0.032, Table 3), month (P = 0.001, Table 3), and their interactive effect (P = 0.042, Table 3). Monitoring area had no significant effect on the D. antillarum recruit abundance as was not included in the best-fitting model. At the start of the experiment, reefs with and without streamers both had zero D. antillarum. The average D. antillarum recruit abundance increased on all six patch reefs, independent of treatment, and remained similar till month four, when reefs with streamers had an average of 4.3 ± 3.2 D. antillarum per reef and control reefs had an average of 2.7 ± 2.1 D. antillarum per reef. In month five, the average D. antillarum density at the treatment reefs was, for the first time, significantly higher than at the control reefs (P = 0.007). One month later, at the end of the experiment, this effect had strengthened: reefs with streamers had on average 6.3 ± 5.9 D. antillarum recruits, which was more than 20 times higher than control reefs without streamers, which had an average of 0.3 ± 0.6 D. antillarum recruits per reef. This difference was highly significant (P = 0.001).




Figure 5 | D. antillarum density on treatment (with streamers) and control (without streamers) reefs as a function of time. Lines connect averages ± SE and * indicates a significant difference in treatments for that month.





Size Distribution on the Patch Reefs

Figure 6 shows the D. antillarum recruit size distribution per monitoring month (July–October). The average D. antillarum recruit size was not affected by the monitoring month (P = 0.068, Table 3) or treatment (not included in the best-fitting model). In July, the average D. antillarum recruit size was 10.3 ± 3.5 mm, which corresponded with settlement in April. In August, recruits had a similar average size (11.8 ± 4.0 mm) and their size distribution corresponded most closely with settlement in May. In September, the average recruit size was 13.4 ± 5.1 mm. Half of the recruits were approximately 20 mm; these where likely the remaining recruits from the cohort settling in May or possibly April. The other half of the recruits were smaller and had probably settled in June or July. In October, the average recruit size was 10.7 ± 4.5 mm and most of the recruits corresponded in size most closely to the predicted size range for settlement in July or even August.




Figure 6 | D. antillarum recruit size distribution on control and treatment reefs per monitoring month. The area between vertical lines of the same type (dashed, solid, dotted, etc.) indicate the estimated size range per settlement cohort, based on growth rates from Idrisi et al. (2003) and Randall et al (1964).






Discussion

Settlement on the proxy streamers revealed that the experiment was conducted at the right time of the year and very likely had been started right before the yearly settlement peak. Settlement on the proxy streamers was highest in May and June and was significantly lower during subsequent months. Settlement on the neighboring island of St. Eustatius in 2019 was also highest in May and June (Hylkema et al., 2022). In La Parguera, Puerto tRico, D. antillarum settlement was highest in July in 2006 (Williams et al., 2010) and in September in 2008 (Williams et al., 2011). The highest average D. antillarum settlement in this study was 14.9 ± 10.8 D. antillarum streamer-1 month-1. The planar surface area of a streamer with 30 bio balls was 0.04 m2, resulting in a settlement density of 372 ± 270 D. antillarum m-2 month-1. This density is in the same order of magnitude as the settlement on collectors documented for most of the locations studied around St. Eustatius in 2019 (Hylkema et al., 2022), as well as compared to the location with highest settlement rates near Puerto Rico (Williams et al., 2010; Williams et al., 2011). These results indicate that the bio ball streamers were able to provide a suitable settlement substrate for D. antillarum larvae and thereby likely able to help circumvent one of the key potential barriers to natural recovery (Rogers and Lorenzen, 2008).

The proxy streamers with a soaking time of 3 and 6 months (collected in August and November) contained significantly less settlers compared to proxy streamers with a soaking time of 1 month (collected in June), indicating that D. antillarum settlers remained on the streamers for less than 3 months. D. antillarum settlers have a test diameter of ~0.5 mm (Eckert, 1998) and grow 3–7 mm month-1 (Randall et al., 1964; Idrisi et al., 2003). The space in between the bio ball layers is 5 mm, meaning that settlers outgrew their shelter and probably moved to the outside of the bio balls 1–2 months after settlement. They likely migrated to the reef on their own accord or may have been flushed off the bio balls by currents or were eaten by predators. Proxy streamers with a soaking time of 3 months had significantly less settlers compared to streamers with a soaking time of 1 month that were collected on the same day. Bak (1985) observed that D. antillarum settlers appear to have a preference for relatively clean surfaces with a fresh biofilm. For other sea urchins, the biofilm age has also been found to be important in determining settlement (Pearce & Scheibling, 1991; Rahim et al., 2004). We observed abundant turf and macroalgae growth on the 3- and 6-month old bio balls, which probably made the bio balls less suitable for settlement. In practice, this means that streamers older than 2 months attract less new D. antillarum settlers.

Monthly monitoring revealed an increase of D. antillarum recruits on both control and streamer reefs during the course of the experiment. However, this increase was largest at the treatment reefs, where recruit densities continued to increase till the end of the experiment. In contrast, recruit densities on the control reefs started to decrease halfway through the experiment, after 3 months. This resulted in a significantly higher D. antillarum recruit abundance on reefs with streamers as opposed to reefs without streamers. The highest number of D. antillarum recruits counted on the monitored surface of a single treatment reef was 13 individuals. This is an order of magnitude lower than what would have been expected based on the total settlement on the nine streamers with each ~15 D. antillarum settlers in the month with the highest settlement. The latter would have resulted in 135 settlers in a single month if all settlers had remained on the reef. During monitoring, we sometimes observed substantial currents at the research location, which might have washed juveniles off the streamers, off the monitored area, and possibly even away from the experimental reefs. As control and treatment reefs were located close to each other, strong currents could even be responsible for depositing some of D. antillarum juveniles on the control reefs. However, the reefs just outside the transects were inspected at the end of the experiment and only few D. antillarum recruits were observed there. It is therefore likely that, next to dislocation by currents, other processes reduced the survival of settlers that outgrew the bio balls and colonized the reefs. Macroalgae, which covered large areas of the reefs during the experiment, are known to harbor large numbers of micropredators such as crabs, shrimps, and worms (Bechtel et al., 2006), which could be responsible for high post-settlement mortality. In addition, the dense turf and macroalgae cover of the patch reefs might be a suboptimal habitat for settlers in terms of food (Vermeij et al., 2010), while it might also reduce shelter availability by filling small crevices (Spadaro & Butler, 2021).

Although new recruits were observed on the treatment reefs every month, the total number of recruits barely increased, indicating a low long-term retention of the recruits. This is confirmed by the average D. antillarum test size, which did not increase during the course of the experiment. Size distributions showed that very few recruits made it past a test size of 20 mm and every month from the period of July to October, most recruits were derived from a new cohort of settlers. The low retention of D. antillarum recruits could be attributed to migration to other parts of the reef or to predation. Monitored recruits mostly showed a high shelter fidelity and were often seen in the same crevice during multiple monitoring events. They were increasing in size, appeared healthy, were not yet outgrowing their shelter space and then suddenly disappeared, suggesting that predation rather than migration was the most likely factor explaining the limited long-term increase in D. antillarum recruit density. Among many potential predators, queen triggerfish (Balistes vetula), Spanish hogfish (Bodianus rufus), pudding wife (Halichoeres radiatus), black margate (Anisotremus surinamensis), Spanish grunt (Haemulon macrostomum), and jolthead porgy (Calamus bajonado) are especially known to prey upon D. antillarum (Randall et al., 1964). All these species, with the exception of H. macrostomum, were frequently observed on the experimental site and Harborne et al. (2009) suggested that even a relatively low predation pressure can be sufficient to prevent D. antillarum recovery. It could therefore well be that the predation pressure at the experimental site was too high or the shelter availability too low (Bodmer et al., 2021) to support D. antillarum population recovery, notwithstanding increased settlement due to the streamers.

Figure 7 summarizes the life cycle of D. antillarum and the possible factors constraining its natural recovery. Hylkema et al. (2022) demonstrated high peak settlement rates on Saba at certain times of the year, indicating that limited fertilization of gametes (Feehan et al., 2016) and the lack of upstream adult populations were not the main factors constraining natural recovery. The addition of bio ball streamers in the current study resulted in increased D. antillarum recruitment, confirming that the availability of suitable settlement substrate was limited on the natural reef (Rogers and Lorenzen, 2008). This can be explained by the high turf and macroalgae cover, limiting the amount of fresh biofilm on the patch reefs. The algae-dominated habitat might also have reduced post-settlement survival, as the algae fill potential shelter spaces (Spadaro & Butler, 2021), do not provide the right food for D. antillarum settlers (Vermeij et al., 2010), and harbor high densities of micropredators (Bechtel et al., 2006). Finally, the high predation of larger juveniles might have reduced post-recruitment survival and prevented D. antillarum population recovery.




Figure 7 | Life cycle of D. antillarum (black arrows) and factors constraining (red arrows) or enhancing (blue arrows) D. antillarum population development. Factors with an asterisk (*) likely affected D. antillarum recruitment in the present study.




We conclude that our new approach of assisted natural recovery (ANR) successfully provided a suitable settlement substrate and significantly increased D. antillarum recruit densities on patch reefs. However, before ANR can be implemented on a large scale, post-settlement and post-recruitment survival should be improved. To optimize prospects for ANR, we propose to: 1) employ bio balls or other substrates that can provide shelter suitable to larger juveniles, 2) optimize the habitat by removing macroalgae, 3) choose sites with a lower predation pressure, and 4) place corrals around the streamers. Larger bio balls that, in addition to the current 5-mm shelters, also provide larger shelters might be able to maintain D. antillarum juveniles safe in mid-water during the intermediate phase between settlement and their ultimate descent to the larger shelter spaces of the reef, thereby improving post-settlement survival. By removing macroalgae from the reefs at the start of the settlement season, the habitat might become more suitable for settlers and less suitable for micropredators, also increasing post-settlement survival. Macroalgae could be removed manually or by restocking adult D. antillarum or other herbivores such as reef urchins (Echinometra viridis) (Bechtel et al., 2006) or the Caribbean king crab (Maguimithrax spinosissimus) (Spadaro & Butler, 2021). To select restoration sites with a low predation pressure, it might, paradoxically, be recommended to start ANR outside marine reserves where fishing pressure can reduce predator densities (Edmunds & Carpenter, 2001; Harborne et al., 2009). Alternatively, shallower reefs (Carpenter & Edmunds, 2006; Debrot & Nagelkerken, 2006; Myhre & Acevedo-Gutiérrez, 2007) or reefs with a high shelter availability (Bodmer et al., 2021) might increase post-recruitment survival and increase the chance of successful D. antillarum recovery. Finally, the post-recruitment survival of D. antillarum on locations with a high predation pressure might be enhanced using corrals placed around the streamers, which can protect the juveniles during their first months on the reef (Williams, 2017; Williams, 2022). The combination of these measures could result in a comprehensive ANR approach. If D. antillarum settlement densities are not significantly reduced by the D. antillarum die-off taking place in parts of the Caribbean in 2022 (AGRRA, 2022), we expect ANR to be able to contribute substantially to D. antillarum population recovery in the near future.
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Morphological characters play an important role in species descriptions and are essential for a better understanding of the function, evolution and plasticity of an organism’s shape. However, in complex-shaped organisms lacking characteristic features that can be used as landmarks, quantifying morphological traits, assessing their intra- and interspecific variation, and subsequently delineating phenotypically distinct groups continue to be problematic. For such organisms, three-dimensional morphological analysis might be a promising approach to differentiate morphogroups and potentially aid the delineation of species boundaries, though identifying informative features remains a challenge. Here, we assessed the potential of 3D-based quantitative morphology to delineate a priori and/or to discriminate a posteriori morphogroups of complex-shaped and taxonomically challenging organisms, such as corals from the morphologically diverse genus Acropora. Using three closely related coral taxa previously delimited using other lines of evidence, we extracted a set of variables derived from triangulated polygon meshes and medial axis skeletons of the 3D models. From the resulting data set, univariate and multivariate analyses of 3D-based variables quantifying overall shape including curvature, branching, and complexity were conducted. Finally, informative feature selection was performed to assess the discriminative power of the selected variables. Results revealed significant interspecific differences in the means of a set of 3D-based variables, highlighting potentially informative characters that provide sufficient resolution to discriminate morphogroups congruent with independent species identification based on other lines of evidence. A combination of representative features, remarkably represented by curvature, yielded measures that assisted in differentiating closely related species despite the overall morphospaces overlap. This study shows that a well-justified combination of 3D-based variables can aid species discrimination in complex-shaped organisms such as corals and that feature screening and selection is useful for achieving sufficient resolution to validate species boundaries. Yet, the significant discriminative power displayed by curvature-related variables and their potential link to functional significance need to be explored further. Integrating informative morphological features with other independent lines of evidence appears therefore a promising way to advance not only taxonomy but also our understanding of morphological variation in complex-shaped organisms.




Keywords: species delimitation, quantitative morphology, phenotypic variation, 3D scanning, skeletonization algorithms, feature selection, surface curvature



1 Introduction

The morphological diversity encompassed by the tree of life displays an extraordinary range of forms and shapes. Beyond contributing to characterize the biodiversity of these otherwise “endless forms” (Darwin, 1859), assessing their variation spectrum is key to gaining a better understanding of shape function and evolution (Klingenberg, 2010). Indeed, delimiting groups of individuals based on their morphological resemblance (morphogroups), or more broadly on their phenotypic distinctiveness (phena; sensu Mayr, 1969), has been traditionally the first step in taxonomic approaches and also often a preliminary step for sorting specimens in ecological, physiological, and evolutionary studies (MacLeod, 2002; Pereira et al., 2021). As such, morphology is the tie that connects the samples used for a variety of contemporary approaches, the designated type specimens used for species description, and the placement of extant species in relation to extinct life forms (Budd and Olsson, 2006; Schlick-Steiner et al., 2007; Saraswati and Srinivasan, 2016). Thus, morphological assessments are crucial to disentangle the confused and sometimes obscure categorisation of the diversity of life forms that inhabit the planet (Wheeler, 2005).

Phena, as designated taxonomic units or morphospecies, do not necessarily correspond with taxonomic categories delimited using other criteria (e.g., reciprocal monophyly, reproductive isolation, Mayr, 1969; Dubois, 2011). Indeed, finding out whether two phena are an instance of intraspecific polymorphism (e.g., sexual dimorphism, developmental stages, morphological plasticity) or correspond to two distinct species requires extra information and cannot be deduced from morphological analysis alone (Dayrat, 2005). Besides, the coupling of intraspecific variability and interspecific similarity can hamper the use of morphological features in taxonomically intricate taxa (Sites and Marshall, 2004). Yet, phena can provide primary species hypotheses (PSHs) that can be subjected to validation under a variety of scenarios (e.g., Puillandre et al., 2012).

Different phenetic approaches have been proposed to delineate a priori phena as groups of individuals characterized by intra-group diversity lower than inter-group differences (Sokal, 1986; Jensen, 2009). Such quantitative morphological analyses rely on obtaining a set of comparable measurements from all investigated specimens, which is particularly challenging in the case of complex-shaped organisms (Konglerd et al., 2017). Although traditional morphometric approaches excel at quantifying differences across a wide range of forms in the tree of life (e.g., Cardini, 2003; Migicovsky et al., 2018; Chaplin et al., 2020), they struggle to capture and describe complex geometric structures that are highly variable and lack homologous landmarks or distinctive outlines (Kaandorp, 1999; Kaandorp and Kübler, 2001; Konglerd et al., 2017).

The contrast between the morphological diversity of marine invertebrates and the shortage of informative morphological characters exemplifies many of the challenges faced by morphology-aided categorization in complex-shaped organisms (Filatov et al., 2013; Fontaneto et al., 2015). For instance, morphological plasticity in response to environmental factors such as water flow and light availability in corals can lead to large intraspecific differences in the shape of colonies, hindering unambiguous morphogroups differentiation (Miller, 1994; Todd et al., 2004; Todd, 2008; Paz-García et al., 2015b). Moreover, traditional morphological traits used to delineate coral phena are frequently at odds with molecular analyses (e.g., Forsman et al., 2009; Flot et al., 2011; Keshavmurthy et al., 2013; Erickson et al., 2021), which is particularly evident in species groups with low interspecific morphological differences (e.g., sibling or cryptic species) as well as between recently diverged species (Knowlton, 1993).

In the last decades, substantial progress in three-dimensional (3D) imaging has made it possible to document form and structure of complex-shaped organisms, revolutionizing the way morphological data is collected and analysed (Ziegler et al., 2010; Laforsch et al., 2012). While in the past this was done by hand or extracting data from two-dimensional photos and illustrations, high-throughput techniques such as magnetic resonance imaging (MRI), computed tomography (CT) scanning, structured light scanning, and photogrammetry have made it possible to capture morphology in digital and 3D data sets (e.g., Bythell et al., 2001; Faulwetter et al., 2013; Sigl et al., 2013; Reichert et al., 2016). Alternative descriptors of 3D shape and complexity, such as fractal dimension and alpha shapes, have emerged as potential approaches for quantifying morphology in complex-shaped organisms and structures (Martin-Garin et al., 2007; Reichert et al., 2016; Gardiner et al., 2018; Klinkenbuß et al., 2020; Orbach et al., 2021). Yet, previous frameworks to extract meaningful characters in the absence of identifiable landmarks and characterize phena in complex modular organisms have either gauged only a few variables from 3D-morphological data (e.g., Gutierrez-Heredia et al., 2016; Reichert et al., 2017) or been restricted to two-dimensional analyses (e.g., Reeb et al., 2018). However, in most cases, geometrical complex shapes such as corals can be only represented adequately in three dimensions (Kaandorp and Kübler, 2001; Courtney et al., 2007). Thus, the main objective of this study was to assess the applicability of 3D-morphological analyses to delineate phena among specimens of complex-shaped and taxonomically intricate organisms. For this purpose, specimens from three morphologically similar and closely-related species of Acropora corals, robustly delimited using independent evidence (Ramírez-Portilla et al., 2022), were used as a case study. Here, we specifically aimed to:

1. evaluate 3D features and perform variable selection for a prospective combination of representative characters that support morphogroups discrimination;

2. test whether the morphogroups delineated using 3D-based variables are congruent with species boundaries assessed using other sources of information; and

3. test whether the 3D-morphological analyses enable discrimination between a priori delimited species.



2 Materials and methods


2.1 Experimental design and data set

We assessed the power of 3D quantitative morphology to discriminate morphogroups using skeleton specimens of three closely related tabular Acropora species previously delineated using different lines of evidence (i.e., morphology, breeding trials, and molecular analyses): A. cf. bifurcata (n = 28), A. cf. cytherea (n = 21) and A. aff. hyacinthus (n = 25), hereafter species A, B and C respectively (for further information and comparison to type material see Table 1 at Ramírez-Portilla et al., 2022). Briefly, morphospecies were identified in the field following Veron (2000), particularly using the branch taper (either gradually narrowing or cylindrical) and the radial corallites shape (all labellate either with round, straight or flaring lips, see zoom in branches in Figure 1 in this paper and Figure 33 in Wallace, 1999). Subsequently, multivariate morphological analyses of qualitative and quantitative variables, cross-fertilization experiments, and molecular analyses using target capture and Sanger sequencing were used to identify species boundaries in the data set. For the 3D morphology assessment in this study, we documented a total of 74 skeleton fragments deposited as vouchers at the Sesoko Station, Tropical Biosphere Research Center (TBRC); collected in 2015, 2018, and 2019 from the outer reef south of Sesoko Island (26.6288 North, 127.8622 East, Okinawa, Japan). Documented specimens corresponded to medium-size fragments (min. area 8x8 cm) collected from adult colonies with similar sizes (Supplementary Table S1, photos available in Morphobank Project 4065, http://morphobank.org/permalink/?P4065).


Table 1 | Outline of the quantitative morphological variables assessed from the 3D data (triangulated polygon meshes and extracted medial axis skeletons) according to their type: branching, complexity, and curvature.






Figure 1 | Schematic representation of three-dimensional (3D) model rendering and skeletonization workflow from complex-shaped organisms. Coral morphology can be analysed by 3D scanning either live (Reichert et al., 2016) or voucher skeleton specimens (as in this study; see Wet lab section). Here, three species of tabular Acropora  corals (i.e., A, B, and C) identified using diagnostic characters in the field (see Coral colonies and Zoom to the branches) and later confirmed using different lines of evidence (Ramírez-Portilla et al., 2022) were used as a case study (coral photos by A.H. Baird). Downstream processing rendered 3D models as triangulated polygon meshes or medial axis skeletons (see Computer lab section) from which variable types such as curvature, branching, and complexity were estimated (see Table 1, Figure 2, and Supplementary Figure S2).





2.2 Data acquisition, model rendering, and processing

The 3D scanning of the coral fragments was performed using a handheld Artec 3D Space Spider Scanner coupled with the software Artec Studio v10 (Artec 3D, Luxembourg). For a preliminary assessment of the 3D model quality, scanning was completed using the real-time fusion mode for all fragments (Supplementary Figure S1). Following Reichert et al. (2016; 2017), the Artec Studio software was used to render and clean up the 3D models for which fusion was performed with 0.2 mm resolution (Supplementary Materials and Methods). Meshes were then exported as triangulated mesh files (either.stl or.obj; available in Morphobank http://morphobank.org/permalink/?P4205) for downstream analyses derived either from triangulated polygon meshes, medial axis skeleton graphs, or a combination of both (Figure 1 and Supplementary Figure S2).



2.3 Polygon mesh-based estimations

The resulting triangulated polygon meshes were further analysed and visualized using the Visualization Toolkit v9.1.0 (VTK; Schroeder et al., 2006) in Python v3.8 (Van Rossum and Drake, 2009) and the Insight Toolkit v5.1.2 (ITK; Ibáñez et al., 2003) in c++20 (ISO/IEC, 2020). The surface area (SA) and the volume (V) of the specimens were obtained with vtkMassProperties from which the surface-area-to-volume (S/V) ratio and the sphericity (φ) were estimated directly (Supplementary Materials and Methods).

Four common characteristics of surface curvature were estimated for each vertex of the polygon mesh following Meyer et al. (2003). First, a discrete approximation of the Gauss-Bonnet theorem and the Laplace-Beltrami operator were implemented to obtain the Gaussian (K) and mean (H) curvature for all vertices respectively (Supplementary Materials and Methods). The sign of H was then determined based on the direction of the normal vectors, which were obtained using vtkTriangleMeshPointNormals. Finally, the two principal curvatures, maximum curvature (k1) and minimum curvature (k2), were estimated considering that the Gaussian curvature (K) is defined as the product of the two principal curvatures at that location, and the mean curvature (H) corresponds to average of the two principal curvatures (Supplementary Figure S3).



2.4 Medial axis skeleton-derived estimations

To capture the topological branching structure of corals and facilitate the estimation of measures related to this type of morphology, we extracted the medial axis skeleton from the previously rendered 3D models using a voxel thinning algorithm. For this purpose, the polygon mesh was first smoothed using the vtkWindowedSincPolyDataFilter module (iterations: 100, pass-band frequency = 0.005), thereby reducing the details of the surface and potential noise while still maintaining the general shape of the coral specimens. Next, the smoothed mesh was transformed into a binary voxel image (resolution = 0.5mm×0.5mm×0.5mm) using vtkPolyDataToImageStencil (tolerance = 0). Finally, voxel thinning was performed with itkBinaryImageThinningFilter3D (Homann, 2007), an implementation of the algorithm of Lee et al. (1994) that results in single-voxel thin skeletons. The voxel skeletons were then transformed into graphs (G) by translating each voxel to a vertex (v) with coordinates corresponding to the represented location and connected by edges using the method described by Reinders et al. (2000). In this graph, a branch (b) was considered to be the set of neighbouring vertices and edges between two successive junction vertices (with a vertex degree higher than two), or between a junction and a terminal vertex (with a degree of one, Supplementary Materials and Methods).

The branches were then identified from the graph and three different morphological characters were estimated (Supplementary Materials and Methods). Branch length (brlength) was calculated as the sum of all the edge lengths. Branching rate (brrate), or how often a coral branches, was defined as the distance between the first (v0) and last vertex (vN) of the branch. Then, two definitions were used to estimate branch spacing. First, following Kruszyński et al. (2007), branch spacing (brspacing_v1) was defined as the shortest distance between the tip (vT) of the terminal branches and any vertex in the skeleton graph not belonging to the current branch. Finally, following Wallace et al. (1991), a second proxy of branch spacing (brspacing_v2) was defined as the shortest distance between the tip (vT) of a terminal branch and any other vT.



2.5 Polygon mesh and medial axis skeleton graph-based estimations

To obtain information about the branch width (brwidth), once the medial skeleton axis and the smoothed polygon mesh were obtained for each specimen, each vertex of the skeleton graph was associated with a medial thickness parameter (d(v)), which represents the diameter of the branch at v. There, the medial thickness was estimated as twice the distance to the closest point on the smoothed polygon mesh. Following Kruszyński et al. (2007), the medial thickness of the individual vertices was translated to three metrics related to the branch width (i.e., the diameter of a sphere at a certain point of the branch): the width at the base of a branch or the junction vertices (da, a−sphere), the width adjacent to the junction a, towards the midsection of the branch (db, b−sphere), and the terminal width (dc, c−sphere) or medial thickness at the tip of the branches (vT) (Figure 2, upper left). As an additional parameter, the average thickness of each branch (davg) was obtained by averaging the medial thickness of all vertices in the branch. The location of the a−sphere and b−sphere were also used to obtain the angle of the branches (bangle). The angles were obtained for all terminal branches (bT) and were defined as the smallest angle at its associated a−sphere between its b−sphere and the b−sphere of a neighbouring branch.




Figure 2 | Types of morphological variables assessed from the 3D coral models and representative measurements. Branching estimations (upper left) such as the width (brwidth) at different points between the tip and the branch junction were performed using the diameter of spheres (d) between the medial skeleton axis (solid blue line) and the smoothed polygon mesh (dashed blue line). Measures of the surface curvature (upper right) such as the Gaussian estimations (K) were obtained from the polygon meshes (see expected shapes according to values and Supplementary Figure S3). Complexity shape measures (bottom) were estimated as global values for each coral fragment, like sphericity (φ), which captures the volume compactness by measuring how close is the shape of each coral fragment to a sphere (see expected shapes according to values).



Curvature features were also estimated at the branch tips where it was defined from the subset of the vertices on the polygon surface that were located on the tips of the branches. To identify the branch tip vertices the skeleton graph was used (Supplementary Figure S2). For each bT, a cylinder that had a diameter of da and an axis that followed the direction of the vector between vT and vN/2 was placed on vT together with a plane orthogonal to the cylinder axis. The vertices and faces that were located within the cylinder and exceeded the plane were selected using with the vtkExtractPolyDataGeometry module. From this selection, the set of connected vertices closest to vT (obtained with vtkPolyDataConnectivityFilter) were considered to be the branch tip vertices (vtip) of the polygon mesh. For these vertices, curvature values were calculated for the specimens as previously described for the polygon meshes (see section 2.3).



2.6 3D-based morphological variables assessment and feature screening

Three variable types were estimated from the 3D data set; complexity, curvature, and branching (Figure 2 and Table 1). For complexity variables, global values for each one of the coral fragments were obtained (i.e., a single value per specimen). For curvature and branching variables, estimation methods yielded results per branch in the skeleton or per vertex of the polygon mesh. Therefore, to transform these distributions into univariate measures and obtain the average values, certain features were assessed. For the branch-related measures, outliers (|Z| > 3) of each coral were removed and the mean (_mean) and variance (_var) of the distributions were obtained. For the general curvature measures, values within the 2.5–97.5th percentiles were analysed to obtain the weighted mean (_mean), variance (_var), skewness (_skew) and kurtosis (_kurt) of each distribution. For curvature measures at the branch tips, first the distribution of the number of vtip per bT was analysed to remove branches with too many vtip (Z > 3), as it indicates that reliable estimation of vtip failed. The remaining branch tip vertices were assembled and analysed in a similar fashion as the general curvature distributions.

To provide a quantitative comparison of the estimated morphological variables, both univariate values and distributions were analysed using R v4.1.0 (R Core Team, 2018) through the RStudio console v1.4.1103 (RStudio Team, 2017). The three species previously delineated in this data set (Ramírez-Portilla et al., 2022) were used as a three-level factor for the subsequent analyses.


2.6.1 Variable assessment of global and average values

For assessing differences between species, univariate analysis of variance (ANOVA; α = 0.05) and post-hoc Tukey tests (α = 0.05; stats v4.1.0; R Core Team, 2018) were performed for each variable (see Supplementary Materials and Methods). In addition, bivariate scatter plots and density plots (ggplot2 v3.3.5; Wickham, 2016) of measures with significantly different mean values between the three species were used to assess the morphospaces overlapping.



2.6.2 Variable assessment of density distributions

To weigh the informative value of measures obtained per branch in the skeleton or per vertex of the polygon mesh (D) in contrast to the univariate measures obtained per specimen (see section 2.6.1), probability density functions (pdf) were estimated. Gaussian kernel densities (KD) were estimated using the scipy.stats.kde.gaussian_kde function as implemented in SciPy v1.7.1 (Virtanen et al., 2020), where the bandwidth factor of each pdf was determined using Scott’s rule (Scott, 2015). For curvature-related distributions, the values were weighted by the surface area associated to the vertex of which the curvature values were obtained (Amixed(v)) following Meyer et al. (2003). For calculating branching rate, only branches with a minimum of 4 vertices were taken into account. To compare between species, the mean and standard deviation of the pdf were obtained within each species per step.

To test for significant interspecific differences between the distributions of the variables, ten replicates of the Mann-Whitney U test were performed using a thousand random samples for each variable measurement (scipy.stats.mannwhitneyu function). To sum up the information obtained from these tests, p-values obtained from each of the pairwise comparisons were transformed into integers according to an alpha (α) of 0.05 significance: if p-value > 0.05, then = 1 (i.e., there is a high probability that the samples come from similar distributions); if p-value ≤ 0.05, then = -1 (i.e., there is a high probability that the samples do not come from similar distributions). The integer values of the ten replicates were then added cumulatively to obtain a final value or distribution comparison score (DCS). Finally, heatmaps with samples reorganized according to the similarity displayed in the DCS pairwise comparisons using hierarchical clustering (Ward algorithm, heatmap3 v1.1.9; Zhao et al., 2021) were obtained for each of the variables and three different sets of them: all the variables (n = 15), curvature variables (n = 8), and branching variables (n = 7).



2.6.3 Screening of 3D-based morphological features

To perform feature screening for a prospective combination of representative characters that support interspecific discrimination, variables that exhibited significant differences in the ANOVA and in at least two-species comparisons in the post-hoc Tukey test were included in a “preliminary selected” subset (see Supplementary Figure S4 for a complete flow chart). Correlation between the preliminary selected variables was evaluated using Pearson coefficients (Hmisc v4.5-0; Harrell and Dupont, 2021) and a correlation plot (psych v2.1.6; Revelle, 2021). Box plots (ggplot2 v3.3.5; Wickham, 2016) were used to examine this subset of variables.




2.7 Contrasting 3D-based morphogroups and species boundaries assessed using other sources of information

To inspect clustering using the complete set of variables and the preliminary selected subset, the most likely number of groups was estimated according to 30 different indices (NbClust v3.0; Charrad et al., 2014), followed by a hierarchical clustering analysis (HCA; cluster v2.1.2; Maechler et al., 2021) using Euclidean distance and three different clustering methods (i.e., Ward, complete, and average) in which p-values were calculated via multiscale bootstrap resampling (pvclust v2.2-0; Suzuki et al., 2019).

A principal component analysis (PCA) was also performed to evaluate the ordination of the subset (stats v4.1.0; R Core Team, 2018). For this purpose, unbiased feature selection was performed using Gaussian model-based clustering (clustvarsel v2.3.4; Scrucca and Raftery, 2018) according to the Bayesian information criterion (BIC). Briefly, a set of variables that best discriminated groups using normal mixture models (NMMs) without a priori information was defined using the greedy algorithm both in forward and backward directions (Raftery and Dean, 2006; Scrucca, 2010). This set of variables was then used to reduce the dimensionality of the data using a PCA (Supplementary Figure S4).

Congruence between morphogroups discriminated using these multivariate approaches were contrasted to the three species previously delineated in this data set by mapping each coral specimen to its corresponding taxonomic assignment in each of the analyses (Ramírez-Portilla et al., 2022).



2.8 Discrimination of a priori delimited species by 3D-morphological analyses

The discriminative potential of the 3D-based variables was gauged by removing highly correlated features from the complete variable subset according to their variance inflation factor (VIF < 10; usdm v1.1-18; Naimi et al., 2014) to perform a multivariate analysis of variance (MANOVA; stats v4.1.0; R Core Team, 2018), and a linear discriminant analysis (LDA) with the maximum likelihood (ML) estimator method (MASS v7.3-54; Venables and Ripley, 2002). The accuracy of the discriminant approach was assessed by randomly partitioning the data set in a training (n = 50, 67.6% of specimens) and testing (n = 24, 32.4% of specimens) subsets and calculating the corresponding prediction accuracy tables or confusion matrices.




3 Results


3.1 3D-based morphological variables

Overall, 53 univariate variables from one of three types (complexity, curvature, and branching, Figure 2) were estimated from the data rendered by the 3D models of the 74 coral fragments (Table 1). For each specimen, a single measure of its surface to volume ratio (S/V), fractal dimension (FD), and sphericity (φ) captured the geometric complexity of its colony shape, the irregularity of its surface, and the compactness of its volume (complexity variables). Contrastingly, average values per branch or branch tip either estimated traits such as spacing, length, width, and angle (branching) or characterized the topological concavity/convexity of coral surfaces (curvature). A total of 19 variables were derived from the polygon meshes, 8 from the medial axis skeletons, and 26 using both the polygon meshes and the medial axis skeletons. In addition, probability density functions using kernel estimates were obtained for 15 of these variables: 8 curvature variables and 7 branching variables (Table 1). Forty-one of the univariate variables did not conform one or both of the assumptions of normality and were subsequently transformed (Supplementary Table S2). Four variables were removed from downstream analyses as they did not conform either to the normality or the homogeneity of variance assumption, even after transformation (i.e., K_tip_mean, K_tip_skew, k2_tip_mean, and k2_tip_skew).



3.2 Phenotypic differences in central tendencies of 3D-based variables

To test the potential of the variables for species-level differentiation, both univariate values (i.e., global and average) and Kernel density (KD) distributions of the 3D-estimated data were examined. Using an analysis of variance (ANOVA) for univariate values, significant interspecific differences were found in the means of 42 variables when the three species previously delineated in this data set were used as a three-level factor (p-value < 0.05, df = 2; Supplementary Table S3). Further exploration using post-hoc Tukey tests (p-value < 0.05; Supplementary Table S4) indicated differences between the means of all species in 10 of the characters and between at least two pairs of species in 21 cases. In summary, more than half of the variables derived from the univariate values exhibited significant differences in the ANOVA in at least two-species comparisons in one of the two-sample tests (n = 29; preliminary selected subset).

Although no complexity or branching variable could statistically differentiate the means of all three species, at least 50% of the branching variables could differentiate two species (9/18 according to the post-hoc test). Likewise, significant differences in two to three interspecific comparisons were detected in 23 of the 33 curvature variables. In addition, although the interspecific morphospaces tended to overlap, the probability density profiles of each species were visibly distinct for most univariate variables with significant differences (Figure 3 and Supplementary Figure S5). Overall, the pair of species for which more significant differences were found in the central tendencies was A vs. C, with 64% of the comparisons with p-values < α in contrast to 47% between A vs. B and 42% between B vs. C. A high degree of correlation was found between most of these variables (Supplementary Table S5 and Supplementary Figure S8), which mainly corresponded to curvature features (20 curvature and 9 branching variables).




Figure 3 | Comparison of two correlated curvature variables that displayed significant differences between the three species (ANOVA and post-hoc Tukey tests, α = 0.05), but where the species morphospaces overlapped: mean curvature variance at branch tip vs. Gaussian curvature variance (H_tip_var vs. K_var). In the center, a scatter plot depicts the two variables, correlation (Pearson correlation coefficient ρ = 0.96), along with their density distributions along each axis. Box plots in each corner display the significant differences in the mean values of the variables according to pairwise interspecific comparisons (p-values significance: **≤ 0.01, ***≤ 0.001, ****≤ 0.0001).



The kernel densities (KD) analysis did not reveal significant interspecific differentiation in the distribution profiles, contrasting with the univariate variables results obtained. Instead, a high degree of overlap was apparent in the distributions of most of the 3D-based morphological variables (Figure 4A and Supplementary Figure S6). The cumulative analysis of the distribution comparison scores (DCS) based on the Mann-Whitney U tests of all variables and curvature variables was able to discriminate two morphogroups (Supplementary Figure S7A and Supplementary Figure S7C, respectively). However, among the individual heatmaps plotted for each variable, there was a considerable degree of clustering between samples of the same species when assessing interspecific differences using the minimum curvature (k2) distributions (Figure 4B). Here, three clusters were observed, each comprising mainly individuals of one of the three species in the data set (from top to bottom: cluster 1 = 61.90% of species B, cluster 2 = 56% of species C, cluster 3 = 82.14% of species A).




Figure 4 | Kernel density distribution analyses. (A) Probability density functions of the terminal branch thickness (dc) and the Gaussian curvature at branch tip (K_tip) for each of the species. (B) Heatmap depicting recoded and summarized p-values obtained from two-sample Mann-Whitney U tests for minimum curvature (k2). Samples were re-organized using hierarchical clustering according to similarity in pairwise comparisons, calculated as the distribution comparison score (DCS) or the cumulative value of similarity according to the p-value significance cut-off (α = 0.05).





3.3 Congruence between morphogroups and previously delineated species boundaries

Despite the overall significant differentiation in central tendency of the set of 3D-based morphological features (see section 3.2 and Supplementary Figure S9), none of the clusters identified by the exploratory hierarchical clustering analysis (HCA) were entirely congruent with the species delineation achieved using other lines of evidence (Supplementary Figure S10, see Ramírez-Portilla et al., 2022). Likewise, when feature selection for Gaussian model-based clustering allowed finding the optimal subset of features containing information, only two morphogroups were identified (Supplementary Table S6). Consequently, the ordination recovered by the principal component analysis (PCA), based on such feature selection methodology, showed a considerable degree of overlap between the morphospaces as defined by the reduced dimensions considered in this analysis (Supplementary Figure S11).



3.4 Potential of 3D-morphological analyses to discriminate between a priori delimited species

From the 21 variables that did not present collinearity (Variance Inflation Factor (VIF) < 10; Supplementary Table S7), 10 were also present in the preliminary selected subset and showed significant interspecific differentiation (MANOVA; Supplementary Table S8). The linear discriminant analysis (LDA) using these variables was able to distinguish three groups that matched the previously supported species delimitation with 97.30% of accuracy (Figure 5; scatter plot) and was able to predict correctly at least 75% of the observations once the model was trained and later tested (Supplementary Table S9). Variables such as the skewness of the Gaussian curvature (K_skew), the mean curvature (H_mean), and the branch angle (b_angle_mean) were the ones that mainly contributed to the discrimination according to the ordination coefficients of each linear component (Figure 5, bar plots).




Figure 5 | Discriminant multivariate analysis using a subset of variables. Linear discriminant analysis (LDA) using the variables that present no collinearity (Variance Inflation Factor (VIF) < 10, 21 variables) displaying the percentage of trace for each main discriminant. Distribution densities for each one of the linear discriminants are plotted along the axes, along with the scaling coefficients for each variable.






4 Discussion

In this study, we assessed the applicability of 3D-based variables derived from polygon meshes and medial axis skeletons to discriminate morphogroups and potentially support the delineation of species boundaries in complex-shaped and taxonomically intricate marine organisms. For this purpose, we first evaluated the interspecific morphological differentiation rendered by the 3D variables and performed feature selection for a prospective combination of representative characters that support discrimination of phena. Later, we tested whether the morphogroups delineated using 3D-morphological analysis of these variables were congruent with species boundaries assessed using other sources of information and/or whether the 3D-morphological analyses enabled to discriminate between a priori delimited species. Although we used coral skeletons as starting material, previous studies suggested the feasibility of applying our 3D methodology to living specimens, as a minimally invasive method to perform morphological assessments (Figure 1).


4.1 Interspecific morphological differentiation achieved by 3D-based variables

While evaluating the performance of individual 3D variables, both univariate and multivariate analyses were able to identify 3D-based morphological features with significant differences between a priori delimited species. This trend was particularly evident when using curvature variables, which showed differentiation in their central tendencies in most pairwise species comparisons (Supplementary Tables S3, S4), in discriminant analysis (Figure 5), and partly in comparisons between Kernel density distributions (Supplementary Figure S6 and Supplementary Figure S7C). Indeed, significant differences in attributes such as the skewness, kurtosis, and mean values of these variables suggest that they attain sufficient resolution to capture the morphological differences between the specimens of the three complex-shaped coral taxa used here in for validation. By enabling the characterization of surface profiles and owing to the relationship between curvature variables and functional traits (Hyde et al., 1997; Ankhelyi et al., 2018), these results suggest that the estimation of curvatures holds promise for improving our understanding of the relationship between morphology and potentially specific ecological traits.

Contrastingly, analyses of branch-related variables did not provide enough resolution at the species level, likely due to the high similarity between the branching patterns of these closely related taxa (Wallace, 1999). Although only branches with a minimum of four vertices were taken into account to reduce the likelihood of including spurious ones in the estimation of branching variables, these features seemed to be highly variable within species and individuals (Supplementary Figure S7). These results suggest that branch-related variables are taxonomically uninformative in this particular case, as it has been observed that species-specific patterns can emerge when comparing such variables between more distantly related taxa (Kaandorp, 1999). Besides, estimating branching variables can be more relevant to understand the function, evolution, and plasticity of an organism’s shape, particularly when studying marine taxa and their response to environmental fluctuations (Kaandorp et al., 2003; Kaandorp et al., 2005; Chindapol et al., 2013; Paz-García et al., 2015a).

Overall, analyses based on global and average univariate variables exhibited morphological differentiation consistent with a priori delineated species (Supplementary Figures S5, S9). In contrast, most non-averaged density distribution analyses did not display congruent discrimination patterns (Figure 4 and Supplementary Figure S7A), seemingly due to the high intraspecific variation and consequent overlap of the probability density functions between a priori delineated species (Supplementary Figure S6). These trends can be related to the different estimations performed in each case. The univariate values rely on average values obtained per specimen, while the probability density distributions were estimated per branch in the skeleton or per-vertex of the polygon mesh using kernel densities. Thus, since kernel densities exhibit high correspondence to data (Pradlwarter and Schuëller, 2008), they can both contain a wealth of information and display a wide range of variance that can potentially conceal the main species-specific trends in quantitative phenotypic data. Moreover, in the case of complex-shaped organisms such as the tabular Acropora corals used in this study, the variation of probability density functions can be related to the influence that shape complexity exerts on scanning reproducibility (Bythell et al., 2001). Despite the efforts to avoid the effect of self-shading (Supplementary Materials and Methods and Supplementary Figure S1), it has been observed in previous studies that the coefficient of variation between iterative scans can increase in branching corals due to a higher rate of potentially overlapping structures (Reichert et al., 2016). As a result, the shape complexity of the coral specimens could have affected the variability of the observed data.



4.2 Discriminative power of selected 3D variables

Broadly, species delimitation approaches can be differentiated into validation or discovery tools according to whether or not the samples are partitioned into taxonomic categories before performing the analysis (Carstens et al., 2013). In this study, results showed that a well-justified combination of novel 3D-based variables can aid discrimination of morphogroups of irregularly shaped organisms when based on a priori assignment of samples to categories (Ence and Carstens, 2011). In comparison to the quantitative morphological characters previously assessed from the same set of specimens by Ramírez-Portilla et al. (2022), the 3D-based variables evaluated in the current study were able to discriminate three phena congruent with other species delimitation approaches with higher overall accuracy (Figure 5 and Supplementary Table S10; 97.30% in this study vs. 94.94% in the previous). However, when morphogroups were delineated without a priori information in this study (Supplementary Figures S9–S11 and Supplementary Table S6), they were not congruent with species boundaries assessed using other sources of information. The high phenotypic heterogeneity detected within the a priori delineated species (particularly B and C) using density distributions (Supplementary Figure S5 and Supplementary Table S10) could have hampered the unambiguous and unbiased delimitation of three phena congruent with the species boundaries previously delineated using other lines of evidence (see section 4.4).

Although these results may seem paradoxical given the significant interspecific differences found using 3D-derived variables (see section 4.1), phenotypic differentiation in central tendencies between species defined a priori does not necessarily count as evidence of species boundaries when assessed in light of evolutionary theory (Luckow, 1995; Zapata and Jiménez, 2012; Cadena et al., 2018; Cadena and Zapata, 2021). Instead, distinct distributions of phenotypic characters (e.g., those derived from fitting quantitative data to NMMs) can constitute support for species hypotheses as long as they do not result from intraspecific polymorphisms (e.g., González-Espinosa et al., 2018) or morphological plasticity (e.g., Paz-García et al., 2015a). Here, this trend only became evident once the features that yielded information congruent with a priori species boundaries were selected and used to perform discriminant analyses (Figure 5 and Supplementary Tables S9, S10).



4.3 Potential of feature selection to improve species discrimination

The quandary of feature selection in multidimensional data sets is often the limiting factor for extending the applicability of approaches such as 3D-derived variables to a wider variety of organisms (Poon et al., 2013). Certainly, many issues in detecting species boundaries from morphological and phenotypic analyses derive from the potential exclusion of important characters during dimensionality reduction (Cadena et al., 2018). Here, given the large number of variables derived from the 3D analyses and the fact that not all of them provided discriminative and non-redundant information (Supplementary Tables S3–S7), the process of feature screening proved to be key to selecting features used to discriminate between a priori delimited species (Ramírez-Portilla et al., 2022). Feature screening and selection, however, would substantially rely on the overall morphology of the studied organisms. Assessing branching features, for example, would be inadequate for describing the 3D morphology of massive or encrusting growth forms.

Although the morphospaces overlapped when performing bivariate comparisons and other multivariate graphical representations (Figure 3 and Supplementary Figure S5), linear combinations of features after variable screening were useful to identify potentially informative characters and a combination of them that enabled discrimination of three morphogroups congruent with the species delineated a priori in the data set (Figure 5). These results support the notion that not only technological advances in 3D data acquisition and model rendering, but also feature screening and selection actually provide prospective variables to quantify morphology and discriminate groups (Valcárcel and Vargas, 2010), particularly of complex-shaped organisms lacking traditional landmarks.

Regardless, the methodology used here to estimate morphological variables from the 3D models, can be applied to understand a wider variety of phenomena such as morphological plasticity, development, and environmental effects on shape and biodiversity. Therefore, the approaches implemented in this study do not only intend to inform taxonomy, but also to provide tools that can support evolutionary, ecological, and biomonitoring aims to characterize and understand form in complex-shaped taxa in forthcoming studies.



4.4 Limitations

Independent lines of evidence that previously delineated taxonomic units in the data set (i.e., morphology, breeding trials, and molecular analyses) robustly supported the identification of three species (Ramírez-Portilla et al., 2022). Although the 3D-based variables assessed here provided enough power to discriminate morphogroups congruent with such species boundaries delineation, it was not able to delimitate the same three groups when unbiased clustering and feature selection were performed. Only two clusters or components were identified and supported by the multivariate analyses (Supplementary Figures S9, S10), even after a set of variables that best discriminated groups using normal mixture models (NMMs) without a priori information was employed (Supplementary Table S6). In this regard, the results obtained from the density distributions suggest that the heterogeneity of the phenotypic variation detected by 3D-morphological analyses within some of the species could have confounded the identification of components in the mixture (Supplementary Figure S5 and Supplementary Table S10). This would be consistent with the close ties between intraspecific variability and interspecific similarity that have hampered the widespread use of morphological features to delineate taxonomically intricate taxa (Sites and Marshall, 2004), particularly in speciose groups such as the coral genus Acropora where both high morphological intraspecific variability and interspecific similarity, particularly between closely related species, has been reported (Wallace and Willis, 1994; Wallace, 1999).

Alternatively, the scanning quality achieved in the present study could have hindered the potential of species-level delimitation given that important differences in the microstructure could be masked by the technical resolution of the underlying 3D mesh (Gutierrez-Heredia et al., 2016; Reichert et al., 2017). Indeed, features at micromorphological level, such as corallite shape and dimension, have been deemed crucial skeletal characters for discriminating between complex-shaped coral species like those of the genus Acropora (Wallace, 1999; Wolstenholme et al., 2003; Ramírez-Portilla et al., 2022). The potential masking of these features and the effect of the sample sizes used for validation, which in several cases were lower than n = 10 (Finch and Schneider, 2006), could explain the relatively low prediction accuracy achieved in this study when randomly partitioning the data set in training and testing subsets (Supplementary Tables S9, S10). These results suggest that further refinements of 3D-morphological analyses, such as increased precision and reduced errors, might even enable a priori delimitation of phena rather than a posteriori confirmation. For instance, the integration of 3D models from structured light scanning or photogrammetric approaches with high-resolution 3D methodologies such as CT scanning could solve some of the present accuracy issues (Laforsch et al., 2008; Naumann et al., 2009; Veal et al., 2010; Gutiérrez-Heredia et al., 2015; Aston et al., 2022). In the meantime, our results support the discriminative value of implementing 3D-based variables either as hypotheses testing or validation approaches rather than discovery ones.



4.5 Future perspectives

Progress in the development of methods to delineate species using morphological data is urgently needed, particularly to improve modelling of phenotypic variation in agreement with evolutionary theory (Cadena and Zapata, 2021). Due to the potential for morphological plasticity of marine taxa such as corals (Todd, 2008), assessing the discriminative power of 3D- morphological variables to distinguish species throughout the environmental ranges they occupy ought to be explored further, particularly for species with relatively wide distributions where geographical differences can mislead morphology-based species delimitation (Fukami et al., 2004; Forsman et al., 2015). Moreover, the link between 3D-based phenotypic variables and their biological, ecological, and functional significance need to be addressed in future studies that will not only intend to assess interspecific variations in morphology and their taxonomic relevance, but also their potential role in speciation and adaptation, particularly for complex-shaped organisms such as corals (Zawada et al., 2019a; Zawada et al., 2019b; Torres-Pulliza et al., 2020; Aston et al., 2022; Siqueira et al., 2022), which inhabit one of the ecosystems most threatened by climate and anthropogenic disturbances (Hughes et al., 2017; Hughes et al., 2018).




5 Conclusions

Morphological data rendered by 3D scanning approaches in this study showed great potential for discriminating phena among complex-shaped organisms. Curvature features were most prominent in differentiating morphogroups congruent with species boundaries supported by independent evidence. Yet, variable screening and selection proved key to providing sufficient resolution for discriminating closely related species that overlap in ecological and morphological traits. Although our methodology was assessed using coral species as model organisms, the approaches outlined here are in principle applicable to a wide variety of irregular and complex-shaped plant and animal taxa for which 3D data can be readily obtained. However, variables derived from 3D-morphological approaches can complement other lines of evidence but not substitute them when delineating species boundaries within an integrative framework. Ultimately, combining informative quantitative morphological features with other independent lines of evidence will advance our understanding of morphological variation in complex-shaped life forms.
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The recently described crustose calcifying red algal species Ramicrusta hawaiiensis, known only from mesophotic depths off Lehua Island, west of Kaua’i Island, was found in shallow benthic reef habitats (3-18 m deep) along the western coast of Hawai’i Island. Molecular and microscopy techniques were used for genetic confirmation and for detailed morphological and anatomical examination. Two independent benthic cover survey datasets collected from west Hawai’i Island were used to investigate temporal and geographic distribution of Ramicrusta. In both datasets, we report Ramicrusta at approximately 60% of the sites surveyed. Benthic cover for this alga varies among sites and among years and its presence in west Hawai’i is evident since at least 2003. These findings help to document Hawaiian coral reef ecosystem change and benthic community composition reshuffling. This study also emphasizes the critical importance of taxonomy and proper identification of macroalgal species to understand the potential for phase-shifts of dominant taxa in coral reef ecosystems after environmental disturbances and fluctuations in abiotic factors. In the last decade, members of the red algal order Peyssonneliales have increased in abundance and overgrown other benthic species in reef ecosystems in the Caribbean and tropical Pacific. The novel aspect of finding abundant Ramicrusta in much shallower water than originally described, the decadal presence of Ramicrusta, and its potential for competition with other benthic organisms make this research valuable to coral reef ecology and justify further investigation of Ramicrusta ecology and biology in the Hawaiian Islands and globally.
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Introduction

The interaction between corals and macroalgae is integral to reef ecology (Littler and Littler, 1984; McCook et al., 2001; McManus and Polsenberg, 2004; Bruno et al., 2009; Bramanti et al., 2017). Changes in ecological relationships, such as nutrient levels (Stimson, 2015; Carlson et al., 2019), herbivory (Donovan et al., 2018), coral diseases (Maynard et al., 2015), and climate factors (Foo et al., 2022) have been observed to make the critical difference in mixed algal-coral reef communities by influencing competitive advantage (McCook et al., 2001; McManus and Polsenberg, 2004). With increases in global climatic events, such as storms, heatwaves, and El Niño, the balance in abundance between corals and macroalgae is likely to change (Norström et al., 2009; Arif et al., 2022), but rarely are long-term benthic survey data available to document changing patterns in community composition.

Members of the order Peyssonneliales (Rhodophyta) (Krayesky et al., 2009) are mostly crustose calcifying red algae (CCRA) (Deinhart et al., 2022) that can coexist with corals or dominate subtidal reef habitats (Ballantine and Ruiz, 2011; Edmunds et al., 2019). One genus, Ramicrusta, comprises 19 species with a global distribution (Guiry and Guiry, 2022). Ramicrusta species have been described in marine environments in the Caribbean (Pueschel and Saunders, 2009; Ballantine et al., 2016; Bramanti et al., 2017), Gulf of Mexico (Fredericq et al. 2014); Brazil (Pestana et al., 2020), Guam (Mills and Schils, 2021), Australia (Dixon and Saunders, 2013; Dixon, 2018), Vanuatu (Dixon and Saunders, 2013), New Guinea (Dixon and Saunders, 2013), South China Sea (Nieder et al., 2019), Tunisia (Manghisi et al., 2019), and recently Hawai‘i (Sherwood et al., 2021c).

The ability of Ramicrusta species to directly overgrow living corals and to rapidly expand into new areas has been documented on reefs in the Caribbean (Eckrich et al., 2011; Ruiz, 2015; Smith et al., 2019; Hollister et al., 2021), Guam (Mills and Schils, 2021), and Donsha Atoll (Nieder et al., 2019). Eckrich and Engel (2013) reported that 45.8% of live coral colonies on reefs in Bonaire showed evidence of overgrowth by Ramicrusta thalli. This aggressive macroalga directly overgrew and killed individual coral colonies within 18 months (Eckrich and Engel, 2013). In benthic surveys, Williams and García-Sais (2020) recorded a dramatic increase in the abundance of Ramicrusta in Puerto Rico from 2016 - 2018. Ramicrusta thalli were absent at monitored sites prior 2016, but were observed at 76% of survey locations two years later, with benthic cover as high as 63% at some sites (Williams and García-Sais, 2020). In the Caribbean, Ramicrusta species have been documented overgrowing gorgonians, sponges, hydrocoral, crustose coralline algae, and the green calcified alga, Halimeda (Eckrich et al., 2011). Although Edmunds et al. (2019) and Williams and Edmunds (2021) observed decreases in percent cover of peyssonnelid algal crusts (PAC) on reefs after strong hurricanes in St. John, US Virgin Islands, shortly thereafter, PAC growth increased and PAC benthic cover returned to pre-disturbance levels, implying that PAC, including Ramicrusta, have the ability to be resilient and competitive in the community after natural catastrophic events.

In the last decade, many crustose genera in the Peyssonneliales and Gigartinales have been collected from the shallow intertidal to mesophotic depths in the Hawaiian Islands (Sherwood et al., 2010; Sherwood et al., 2020b; Sherwood et al., 2021a; Sherwood et al., 2021b; Sherwood et al., 2021c). These red algal crusts are often overlooked in reef ecosystems, lumped together in surveys as crustose calcifying red algae (CCRA) without determining genus or species identities, and their ecology remains little known. While many species of Peyssonneliales were observed in previous biological inventories, such as Sherwood et al. (2010), no Ramicrusta specimens were reported. Sherwood et al. (2021c) described two new species of Ramicrusta in the Hawaiian Islands: Ramicrusta hawaiiensis and Ramicrusta lehuensis. These two new algae represent the first of their genus to be described in Hawai‘i and have been reported only off Lehua Island, a 115 hectare uninhabited island 1.1 km north of Ni‘ihau, due west of Kaua‘i (22.02103°N, 160.10246°W). The potential for Hawaiian Ramicrusta species to be similar to their Caribbean or western Pacific relatives makes early geographic identification and regular monitoring of Hawaiian Ramicrusta crucial to understanding their role in the reef communities in the Hawaiian Islands (Eckrich et al., 2011; Eckrich and Engel, 2013; Ruiz, 2015; Smith et al., 2019; Hollister et al., 2021; Mills and Schils, 2021).

In recent years, a CCRA was frequently observed on survey transects on reefs along the west coast of Hawai‘i Island, Hawai‘i USA. With the recent decline of coral cover in this region as a result of coral bleaching events (Kramer et al., 2016), this unidentified alga may have become more obvious to reef survey teams. We noticed this CCRA actively overgrowing live coral colonies and crustose coralline algae in west Hawai‘i during surveys in 2020. The objective of this study was to confirm the identity of this unidentified CCRA along the western coast of Hawai‘i Island using DNA sequence data, describe the anatomy of the species using scanning electron microscopy, and document temporal and geographic patterns of this macroalga from 2003 to 2020 using benthic survey data. Our description and assessment of trends in multi-year long-term ecological data provide useful information foundational for marine monitoring and management of this macroalgal species.



Methods


DNA extraction and PCR protocols

The macroalgal sample was collected on May 18, 2021, at approximately 8 m deep just north of Kealakekua Bay at Keopuka DAR-WHAP site 18, HI, USA (19.48314°N, 155.9458°W) and stored in silica gel desiccant for scanning electron microscopy and molecular analyses. The material was divided in half to allow it to be deposited in the UL Lafayette herbarium (LAF) and Bernice Pauahi Museum Herbarium in Honolulu, HI (BISH). Total genomic DNA was extracted from the algal sample using the Quick-DNA Plant/Seed Kit (Zymo Research). DNA was extracted from the same specimen used for morphological analysis.

A portion of the mitochondrion-encoded cytochrome oxidase subunit I (COI) was amplified using the GazF1 & GazR1 primers (Saunders, 2005). The chloroplast-encoded ribulose-1,5,-bisphosphate carboxylase/oxygenase large subunit (rbcL) marker was amplified using multiple primer pairs: F7-R753, F15-R916, F57-R753, F577-R1150, F645-R1381, and F993-RStart (Freshwater and Rueness, 1994; Lin et al., 2001; Gavio and Fredericq, 2002; Krayesky et al., 2009; Kim et al., 2010). Multiple overlapping reads were generated to ensure quality chromatograms were obtained for the full length of the consensus read.

PCR for COI was conducted according to the methods in Saunders (2005) with an initial denaturation at 94°C for 3 min followed by 40 cycles at 94°C for 1 min (denaturation), 45°C for 1 min (primer annealing), and 72°C (extension) for 1 min followed by a final extension at 72°C for 5 min. PCR for rbcL was conducted using established methods (Freshwater and Rueness, 1994; Lin et al., 2001; Gavio and Fredericq, 2002) with an initial denature of 94°C for 4 min followed by 2 cycles at 94°C for 1 min (denaturation), 40°C for 1 min (primer annealing), and 72°C (extension) for 2 min then 40 cycles at 94°C for 1 min (denaturation), 42°C for 1 min (primer annealing), and 72°C (extension) for 2 min followed by a final extension at 72°C for 5 min.

The resulting PCR products were purified with ExoCIP Rapid PCR Cleanup kit (New England Biolabs). Purified PCR products were subsequently cycle sequenced using the BigDye Terminator v. 3.1. kit (Life Technologies). The resulting cycle sequence reactions were purified with ETOH/EDTA precipitation and were sequenced in-house at the UL Lafayette campus on an ABI Model 3130xl Genetic Analyzer. The resulting chromatograms were assembled using Sequencher v. 5.1 (Gene Codes Corp., Ann Arbor, MI, USA) and exported as individual “.fasta” files.



Multi-gene alignment

The COI and rbcL sequences were aligned with the CLUSTAL W (Thompson et al., 1994) algorithm in the MEGA X software (Kumar et al., 2018), and then edited manually for a more precise alignment with other available sequences of Ramicrusta and related taxa from NCBI GenBank as in Sherwood et al. (2021c) (Supplementary Table 1). A concatenated gene dataset for COI and rbcL was assembled using the application Sequence Matrix v. 1.8 (Vaidya et al., 2011) and exported as a “.phy” format. DNA sequences from the peyssonnelid genus Incendia were used as the outgroup for phylogenetic analyses.



Phylogenetic analysis

The concatenated dataset was imported into the CIPRES gateway (Miller et al., 2010) and analyzed in PartitionFinder2 (Lanfear et al., 2017) to determine the best partition scheme and model(s) of evolution that can be implemented by RAxML. For the two datasets, a three-codon position partitioning scheme, each evolving with a GTR+I+G model was selected on the basis of the Akaike Information Criterion (AIC), the corrected Akaike Information Criterion (AICc), and the Bayesian Information Criterion (BIC). The alignment with these models and partitioning scheme was then analyzed for maximum likelihood (ML) with RAxML-HPC2 on XSEDE v. 8.2.12 (Stamatakis, 2014) via the CIPRES gateway (Miller et al., 2010) with 1,000 bootstrap replicates.



Sequence divergence analyses

The COI and rbcL sequences were aligned with the CLUSTAL W algorithm in the MEGA X software, but truncated close to the primer sites to produce base pair lengths with no missing data. Sequence divergences values were calculated as the number of pairwise base pair differences in MEGA X (COI = Supplemental Tables 2A, rbcL = Supplemental Table 2B).



Scanning electron microscopy methods

Scanning electron microscopy methods were adapted from Richards et al. (2014) as follows: portions of the thallus from silica gel-dried specimens were removed using a razor blade and forceps and sectioned by performing vertical fractures. Specimens were sectioned manually using a new single-edge razor blade for each fracture and were mounted using liquid graphite conductive adhesive (Electron Microscopy Sciences) on a 32 mm x 6 mm-sized aluminum mount (Electron Microscopy Sciences). An 18 nm gold coating was applied to the sample using the EMS 550X sputter coating device. Specimens were viewed using a Scios 2 Dual Beam Focused Ion Beam scanning electron microscope (FIB-SEM) at a voltage of 15 kV, housed in the Microscopy Center at the University of Louisiana at Lafayette following manufacturer’s instructions.

Morphological comparisons of vegetative Ramicrusta hawaiiensis tissue used the characteristics delineated in Sherwood et al. (2021c) and Mills and Schils (2021) to distinguish Ramicrusta species that lack reproductive structures, including thallus thickness, epithallial cells, perithallial cells, presence of pit connections, hypobasal cells, and rhizoid cells.



Study region

We assessed the distribution of a previously unidentified CCRA along the leeward or west coast of Hawai‘i Island, HI, USA (Figure 1). This coastline has a range of nearshore marine habitats that consist of calcareous reefs, basalt outcroppings, and large sand flats. The West Hawai‘i Fish and Habitat Monitoring and Assessment project of the Department of Land and Natural Resources (DLNR)’s Division of Aquatic Resources (DAR) has collected benthic photographic data at 26 permanent sites established for the West Hawai‘i Aquarium Project (WHAP). Benthic photo-quadrat images were collected at 23 sites beginning in 2003; two additional sites were added in 2007 and one more site was added in 2014 for a total of 26 sites with imagery. The 26 DAR fixed monitoring sites span the west coast of Hawai‘i Island from Manukā in the south to Lapakahi in the north, along 140 km of coastline, and represent mid-depth (9-15m), coral-rich habitat (Tissot et al., 2004). The photo-quadrat imagery from these surveys represents a robust, long-term temporal benthic dataset. While the DAR-WHAP benthic surveys are temporally extensive, the sites were established to represent primarily mid-depth, coral-rich habitat in west Hawai‘i and to assess the efficacy of a marine reserve system (Tissot et al., 2004). In addition to these data, we incorporated benthic data from the 2020 Arizona State University South Kona Intensive (SKI) reef surveys to broaden the scope of habitats analyzed. These SKI photographic data are representative of only a single time point, but were designed to capture the variation that exists among marine nearshore habitats at 2-18 m depths along 60 km of coastline in the district of South Kona (Asner et al., 2021). These two datasets (WHAP and SKI) and their field sites, while in the same region and occasionally in the same vicinity, were collected independently. We used the DAR-WHAP data to explore temporal trends in benthic cover of the unidentified CCRA, and we used the SKI data to assess the most recent geographical distribution of the unidentified CCRA in the South Kona district from Keauhou to Manukā. These surveys only represent shallow reef environments (< 20 m deep). No geographically extensive or long term mesophotic surveys have been conducted in west Hawai‘i to-date.




Figure 1 | Map of study region on Hawai’i island, Hawai’i USA. (A) Hawai’i Island. (B) Location of Hawai’i Island, the southernmost of the Hawaiian Islands. (C) Location of the Hawaiian Archipelago in the north Pacific Ocean. White bracket indicates the west Hawai’i region in which survey data and specimens were collected.





Temporal and geographic benthic data collection and analysis

In 2021 and 2022, we analyzed two photographic benthic survey datasets from west Hawai‘i to determine the temporal and geographic patterns of the CCRA suspected to be a Ramicrusta species. DAR-WHAP photo-quadrat images were collected during respective survey years and annotated in 2021 to calculate a percent cover of Ramicrusta distinct from other algal crusts with which it was grouped during photo analyses in previous years. The photo-quadrat surveys at the WHAP sites were conducted in the years: 2003, 2007, 2011, 2014, 2016, 2017, and 2020. For each of the surveyed years, images were collected usually in less than one month between May and November. Four permanent 25-meter transects are located at each site. Transects are approximately 10 meters apart, with two north-facing transects parallel to each other, and two south-facing transects parallel to each other. Images were taken at 1 m intervals along each transect starting at the 0 m mark and ending at the 25 m mark to produce 26 images of a 0.3 m2 area of the benthic habitat. A 75 cm monopod was secured to the camera housing and placed perpendicular to the reef substratum to ensure that images were taken from a standard height. Individual images were uploaded to CoralNet (v1.0 https://coralnet.ucsd.edu; Beijbom et al., 2015; Williams et al., 2019) for image annotation and benthic taxa identification. Twenty random points were placed on each photo and the underlying benthic taxa at each point were identified to the lowest taxon possible. CCRA were identified to the genus Ramicrusta by looking for the characteristic dark maroon-red and rusty orange color of the algal crust and the occasional raised edges or free margins. Percent cover was calculated by pooling all points within a given transect and dividing the number of points of a specific taxon by the total points included in that transect. Points identified as heavily shaded, artifact (survey tape or camera pole), or mobile species (fish, urchins, etc.) were removed before the percent cover was calculated. Because the four transects are so close to each other, data are presented as the mean of these four averages with standard error representing the variance among transects.

The 112 SKI sites from 2020 were chosen based on a stratified random sampling design and were surveyed between June and August of 2020; methods for the stratification and site selection can be found in Asner et al. (2021). The percent cover of the unidentified CCRA at each site was determined using a 10 m x 10 m Structure from Motion (SfM) survey with a Canon 5D Mark IV (Canon U.S.A., Inc. Melville, New York, USA). SfM photogrammetry is an image processing technique that allows the reconstruction of accurate 3D models from overlapping successive photographs taken from cameras at various angles with or without ground control points (GCPs). Images were processed using Agisoft Metashape software (v1.6.2, Agisoft LLC., St. Petersburg, Russia) using procedures described in Burns et al. (2015) and Bayley and Mogg (2020). Spatially rectified orthomosaics were clipped into 10 m x 10 m squares. Prior to any further analysis, all clipped orthomosaics were visually inspected for the presence of the unidentified CCRA. The CCRA were identified to the genus Ramicrusta by looking for the characteristic dark maroon-red and rusty orange color of the algal crust and the occasional raised edges. Orthomosaics in which the alga’s presence was evident, were then assessed for the CCRA percent cover by randomly placing ten 0.25 x 0.25 m quadrats throughout the orthomosaic. Orthomosaics in which no presence of the alga was evident given a CCRA percent cover of 0 and were kept in the dataset for analysis. Metadata for all SKI sites, such as depth, were taken at the mosaic level, but not the individual quadrat level. Individual quadrats were clipped from each mosaic and were uploaded into CoralNet (v1.0 https://coralnet.ucsd.edu Beijbom et al., 2015; Williams and García-Sais, 2020). Fifty random points were generated in each quadrat photo to estimate the average percent cover of the unidentified CCRA for each quadrat. Quadrat points from a single mosaic were summarized to the site level to estimate mean CCRA benthic cover. Maps and clipped orthomosaics were processed using ArcMap version 10.7.1.

Environmental datasets were collected to investigate any temporal and geographic trends in relation to the unidentified CCRA percent cover. Sea Surface Temperature Anomaly (SSTA) data were collected using National Oceanic and Atmospheric Administration (NOAA) Coral Reef Watch program (CRW) at the site level for both DAR-WHAP and SKI sites (https://coralreefwatch.noaa.gov/product/5km/index.php#data_access: NOAA Coral Reef Watch, 2018). All NOAA CRW data were gathered at 5 km resolution GeoTIFFs for the entire coast of west Hawai‘i. Each pixel represents the relative temperature compared to the mean temperature of the past seven years for that particular time point. Positive SSTA values represent warmer than average sea surface temperature (SST) in the given location for that date; whereas, negative SSTA values represent cooler than average SST for the location for that date. These SSTA data were collected on the first of every month at each site beginning one year prior to the benthic surveys being conducted to allow a lag time for benthic environments to respond to any changes in SSTA (Doty, 1971; Glenn et al., 1990; Edmunds and Lasker, 2016; Donovan et al., 2021; Foo et al., 2022). These monthly data were averaged by year and site to determine specific SSTA for each location with a one-year-lagged temporal timestamp.

Degree heating week (DHW) data were collected using NOAA CRW at the site level for the 2015 and 2019 coral bleaching events (Winston et al., 2022). These data were created by using the DHW from the first of each month, from August to December, and then calculating the average DHW for each of the 2020 SKI site locations during each of the two bleaching events. The DHW variables were assessed only at the SKI locations to assess any effect they may have had on the most recent benthic cover of the unidentified CCRA.

Using the DAR-WHAP dataset, we conducted a Two-way Analysis of Variance (ANOVA) to investigate differences in percent cover among years at individual sites. A natural log transformation was used for percent cover data to unbound the benthic cover data so that values are not restricted to 0 - 100 and to shift these left-skewed data to a normal distribution. To assess trends and correlative relationships with environmental data, we used a Linear Mixed Effects Regression (LMER) as an exploratory analysis. This model used each site’s year as a random intercept variable in the model to account for year level variation. In this temporal analysis, we used SSTA, latitude, and the interaction of the two as predictor variables. Prior to the analysis, we scaled predictor variables to a mean of zero and a standard deviation of one. Due to discrepancies or lack of sampling consistency, for this analysis, we used only 23 of the 26 DAR-WHAP sites available. Sites 96, 97, and 98 were removed prior to analysis because these sites were not sampled in all years. Data from sites 96, 97, and 98 are still plotted in preceding figures, but are not included in any figures that present statistical results.

We used an Ordinary Least Squares (OLS) multiple regression to determine correlative relationships between the percent cover of the unidentified CCRA, depth, SSTA, and average DHW from both the 2015 and 2019 bleaching events in the 2020 SKI data. All statistics were calculated in R Studio version 3.6.2.




Results


Phylogenetic analyses and sequence divergence analyses

The phylogenetic analyses from the concatenated COI and rbcL revealed that the voucher specimen LAF 7678 aligns with Ramicrusta hawaiiensis (Figure 2), thus expanding the geographic and depth range of the species. The COI and rbcL barcode sequences of voucher LAF 7678 were very similar to Ramicrusta hawaiiensis voucher from Lehua Island ARS 09600 (1.8% and 0.04% intraspecific sequence divergence, respectively). Ramicrusta hawaiiensis LAF 7678 was distinct from R. lehuensis based on the sequence divergence values of 9.1% and 7.1% for COI5-P and rbcL, respectively (Supplemental Tables 2A, 2B). Ramicrusta hawaiiensis LAF 7678 interspecific sequence divergence ranges from 6.94% (R. aranea) to 12.5% (R. australica) for COI-5P and 1.98% (R. aranea) to 10.8% (R. australica) for rbcL. Comparing interspecific divergence values of the outgroup taxa Incendia glabra and I. regularis ranged from 14.6% and 15.78% for COI5-P and rbcL, respectively (Supplemental Tables 2A, B). All interspecific sequence divergence values are in the range consistent with previous studies in the Peyssonneliales order (Mills and Schils, 2021; Sherwood et al., 2021a; Sherwood et al., 2021b; Sherwood et al., 2021c).




Figure 2 | Concatenated COI and rbcL maximum-likelihood tree (2,035 bp) for Ramicrusta hawaiiensis and closely related species. Numbers along branches indicate nodal bootstrap support. Nodes with full support are indicated with an asterisk. Bootstrap support values less than 50 were omitted. Scale bar = substitutions per site.





Morphological and anatomical description

The morphology of R. hawaiiensis LAF 7678 generally agrees with the description of the one specimen of R. hawaiiensis collected by Sherwood et al. (2021c), but discrepancies may be explained by the difference in habitats (Table 1). The thallus surface of LAF 7678 is dark red to pink color with orange bumps and moderate calcification (Figure 3), approximately 550 µm thick, and forms tightly adherent crusts with occasional free margins on reef structures (Figure 4A). Epithallial cells are composed of several stacked rows of small cells, around 7-10 µm in diameter by 4-8 µm in height in the uppermost rows (Figures 4B, 3C, E). Perithallial cells are slightly elongated, 12-21 µm in diameter and 20-27 µm in height; they get smaller and more regular in shape toward the epithallus (Figures 4B–E). Primary pit connections and cell fusions are present in some perithallial cells. Hypobasal cells are globose, around 4-8 µm in diameter and 17-20 µm in height (Figure 4F). Rhizoids are common, 50-130 µm long and 12-21 µm in diameter (Figures 4G, H). Reproductive structures were not observed.


Table 1 | Morphological comparisons of Hawaiian specimens of Ramicrusta hawaiiensis and R. lehuensis, including thallus thickness, epithelial cells, perithallial cells, presence of pit connections, hypobasal cells, and rhizoid cells.






Figure 3 | In-situ images of the morphology of Ramicrusta hawaiiensis overgrowing a basalt boulder on South Kona coral reefs in 2021. (A) Note the distinct color shift on the specimen with the upper lighter orange section and the lower red ventral section of the specimen, black line bar = 23 cm. Field observations have noted that surface-facing sections of this alga tend to be rusted orange while shaded sections of specimens have rusted red or pink hues. (B) Image from SfM orthomosaic where Ramicrusta hawaiiensis is prominent with orange encrusting morphology on basalt slabs, scale bar = 50 cm. (C) Field observations from 2003 DAR-WHAP photo-quadrat image surveys with Ramicrusta specimens noted by the black arrow. Images (D–G) show active overgrowth by Ramicrusta hawaiiensis on (D) Porites lobata, E. Pocillopora spp., (F) Crustose Coralline Algae (CCA), and (G) Porites compressa.






Figure 4 | Scanning Electron Microscopy images of Ramicrusta hawaiiensis voucher LAF7678. (A) Section view of thallus construction, scale bar = 200 µm. (B) Section showing cell fusions (arrows), epithallial cells (e), and hypobasal cells (bracket), scale bar = 100 µm. (C) Section showing epithallial cells (e), primary pit connections (gray arrow), and cell fusions (white arrows), scale bar = 50 µm. (D) Zoomed in view of layered epithallial construction (e), scale bar = 10 µm. (E) Section showing perithallial cells with cell fusions (top bracket) and a single row of hypobasal cells (bottom bracket), scale bar = 50 µm. (F) Enlarged view of single row of hypobasal cells with rhizoid (arrow), scale bar = 20 µm. (G) Section showing multiple rhizoids, common (arrows), scale bar = 100 µm. (H) Zoomed in view of rhizoids (arrows), scale bar = 20 µm.



The identification of Hawaiian Ramicrusta to the species level requires vouchers and microscopic examination of a cross-section of the crust or DNA analysis. Vouchers were only available for benthic surveys in 2021. However, the CCRA in photographs from 2003-2020 were confidently identified to the genus Ramicrusta by the characteristic dark maroon-red and rusty orange color of the encrusting alga and the occasional upturned or raised edges.



Temporal and geographic trends of Ramicrusta on west Hawai’i island

Of the 23 DAR-WHAP sites assessed from 2003-2020, 16 of them (69.6%) had a detectable amount of Ramicrusta present during at least one survey year. Of these 16 sites,14 sites had Ramicrusta present as early as 2003 (Figure 5; Table 2). Among the 16 sites where Ramicrusta was present during at least one survey year, the greatest percent changes in cover were observed between survey years 2007 and 2011, and between 2017 and 2020 (Table 2). Geographically, southern sites within the DAR-WHAP dataset, such as those in South Kona, had higher benthic cover of Ramicrusta (Figure 6). From 2003-2020, average percent cover of Ramicrusta at DAR-WHAP sites showed an abrupt increase at sites south of 19.60°N latitude (Figure 6). Results from a Two-way ANOVA showed differences in the percent cover of Ramicrusta among multiple DAR-WHAP sites (F(1)=89.104, p < 0.001) and among years 2017 and 2020 (F(2)=2.828, p < 0.012) (Figures 5 and 7). In our exploratory analysis, we found long-term geographic patterns for the benthic cover of Ramicrusta and the environmental variable of SSTA. Results from a Linear Mixed Effect Regression (Table 3) showed that SSTA data had a positive effect with the percent cover data of Ramicrusta (β-Est = 0.0.0846, t value = 2.773, p = 0.016), while increased latitude (sites farther north) had a negative effect (β-Est = -0.228, t value = -7.829, p = < 0.001). Additionally, the interaction of the two parameters (SSTA*latitude) showed a negative effect (β-Est = -0.120, t value = -3.573, p < 0.001) (Table 3).




Figure 5 | Geographic and temporal distribution of percent benthic cover of Ramicrusta. Map of the 26 DAR-WHAP sites in west Hawai’i (center), and 18 graphs of temporal benthic cover at sites where Ramicrusta was present (left and right). Ramicrusta was present at sites shown in red, but absent at sites shown in black. Individual site percent cover values for Ramicrusta are ordered by latitude with standard error bars with northern (bracketed with arrow pointing left) and southern (bracketed with arrow pointing right) sites. Only sites that had detectable Ramicrusta were plotted. The absence of bars indicates that no Ramicrusta was observed at that site in that year. Note sites 97 and 96 are plotted in this figure but not included in statistical analysis due to missing survey years. The absence of years in the x axis indicates that no benthic surveys were conducted at that site in that year. Blue arrows on the x axis indicate years with marine heat waves.




Table 2 | Summary of Ramicrusta cover at the DAR-WHAP sites assessed in this study.






Figure 6 | Average percent cover of Ramicrusta at DAR-WHAP sites from north to south in each year of surveying. Ramicrusta percent cover shows an abrupt increase at sites south of 19.60 latitude. Red line indicates the best fit line with the shaded region showing the standard error.






Figure 7 | Mean percent cover of Ramicrusta in DAR-WHAP surveys 2003 - 2020. Bars represent standard error of the mean. The DAR-WHAP data indicate significantly higher abundance of Ramicrusta in 2020 than in 2017. Shared letters indicate annual means that are not significantly different based on a Tukey post-hoc comparison test.




Table 3 | Coefficient estimates of Sea Surface Temperature Anomalies (SSTA), latitude, and their interaction on the percent cover of Ramicrusta from a Linear Mixed Effect Model accounting for site as a random effect at DAR-WHAP sites from 2003 - 2020.



In 2020, Ramicrusta was present at 71 (63%) of the 112 SKI survey sites. The average South Kona regional percent cover in 2020 was 2.22% ± 0.57 SE (Figure 8). As expected, because of the wide range of habitats surveyed, averages varied considerably among sites with a median percent cover of 1.2%. The most southern site surveyed (site 178) had the highest Ramicrusta benthic cover of 37.4% ± 9.17 SE. In 2020, average percent cover of Ramicrusta at DAR-WHAP and SKI sites showed higher abundance at the more southern survey sites (Figure 9). In the OLS multiple regression, a positive effect between SSTA and Ramicrusta benthic cover (p = 0.019, β-Est = 0.14) was evident, similar to the analysis of the DAR-WHAP temporal data. However, this effect is very weak and explains little overall data variance; an independent OLS regression showed that these SSTA data captured a very small proportion of the overall variance within the Ramicrusta SKI data (p = 0.024, Adjusted R-squared = 0.03). Predictor variables of depth (p = 0.671, β-Est = -0.026) and average degree heating weeks (DHW) for the 2019 (p = 0.608, β-Est = -0.234) or the 2015 (p = 0.504, β-Est = 0.304) marine heat waves events did not show any significant trends relative to the Ramicrusta benthic data.




Figure 8 | Geographic distribution and percent benthic cover of Ramicrusta at South Kona sites in 2020. Map of the 112 South Kona Intensive (SKI) sites in South Kona (right). Ramicrusta was present at 71 sites shown in red, but absent at 41 sites shown in black. Average percent cover values with standard error bars for Ramicrusta are ordered by latitude from north to south at the sites (red) where Ramicrusta was observed in the surveys. Note that the scale of the y axis is 0-20% (unlike 0-5% in Figure 4) for all sites, except site 178 (0-50%).






Figure 9 | Average percent cover of Ramicrusta at DAR-WHAP sites and SKI sites from north to south in 2020. Ramicrusta percent cover shows higher abundance at several of the southern survey sites at 19.50 latitude and farther south. Trend lines indicate the best fit line with the shaded regions showing the standard error.






Discussion


Temporal, geographic, and habitat characteristics of Ramicrusta in west Hawai’i

Crustose calcifying red algae (CCRA) in the order Peyssonneliales are gaining more ecological attention because of their presence and growth patterns in reef ecosystems around the world. Despite the challenges of accurate taxonomy of CCRA because of their crustose morphology, frequent lack of reproductive structures, cryptic habit on reefs, and plasticity of growth forms in different habitats, these macroalgae must not be overlooked or misidentified in coral-algal studies, especially as climate change continues to alter basic environmental conditions. In the Hawaiian Islands, in the last decade, many crustose genera in the Peyssonneliales and Gigartinales have been collected (Sherwood et al., 2010; Sherwood et al., 2020b; Sherwood et al., 2021a; Sherwood et al., 2021b; Sherwood et al., 2021c) and two new species, Ramicrusta hawaiiensis and R. lehuensis, were described in 2021: R. hawaiiensis from mesophotic depths (> 30 m deep) and R. lehuensis from 11 m deep in the northern portion of the archipelago. However, this study documents that on the west coast of Hawai‘i Island, the red, crustose, calcifying Ramicrusta is present, abundant, and clearly visible in shallower depths (3 -18 m deep), and showed the propensity to overgrown live coral colonies and crustose coralline algae.

This study shows that the unidentified CCRA observed along the west coast of Hawai‘i Island in reef surveys DAR-WHAP site 18 are Ramicrusta hawaiiensis. Although assemblages of Ramicrusta at the other sites surveyed were visually attributed to R. hawaiiensis, additional collections are required for molecular analysis to verify that they are, in fact, R. hawaiiensis. Differences in the percent cover of Ramicrusta among sites (Figures 5, 6, 8, and 9) and among years (Figures 5 and 7) suggest that there may be environmental (substratum, wave exposure, currents), ecological (recruitment success), or biological controls (urchin and fish abundance) influencing the growth and spread of this macroalga. Future studies should investigate the influence of the many variables on the ecology of Ramicrusta, as well as sequence additional samples from this region to verify the full range of Ramicrusta species and to assess if other closely related taxa are present in the region. Previous biological inventories focusing on Hawaiian algal species such as Sherwood et al. (2010) provided baseline data however did not find evidence of Ramicrusta. Given the abundance of Ramicrusta presented in these data, additional biological inventories focusing specifically on CCRA on Hawaiian reefs may describe further species and an even greater geographic extent of Ramicrusta species.

The examination of temporal photographic datasets suggests a long-standing presence of Ramicrusta on Hawai‘i Island for at least the past 20 years that has been overlooked or identified as “crust” or misidentified as a CCA in monitoring. In comprehensive taxonomic surveys of Hawaiian red algae from 2006 to 2010, no species of Ramicrusta were reported in the shallow intertidal zone to 60 m deep using LSU, COI, and UPA genes (Sherwood et al., 2010). Abbott (1999) did not include any Ramicrusta species in the marine flora or the Hawaiian Islands, but did note that Hawaiian members of the Peyssonneliales are commonly found without reproductive structures which poses an additional challenge for identification and phylogenetic determination of these cryptic species. The previously undocumented presence of Ramicrusta in Hawai‘i over the past two decades highlights the need for accurate taxonomic and phylogenetic assessments to be incorporated into marine monitoring. As climate change continues to affect coral reefs, reef communities may respond and shift—additional macroalgal species, which are rare or cryptic and were previously overlooked, may become more abundant. For example, the fleshy red alga, Chondria tumulosa may have been a sparse and cryptic species at Pearl and Hermes Atoll in the Northwestern Hawaiian Islands that increased in abundance and spread rapidly after changes in ecosystem conditions (Sherwood et al., 2020a). Changes in nutrient concentrations (Stimson, 2015), water temperature (Boudouresque and Verlaque, 2010; Dijkstra et al., 2019), and greenhouse gas concentrations (Fernández de la Hoz et al., 2019) have been linked to coral-macroalgal phase shifts on reefs, range shifts in macroalgal distribution, and changes in macroalgal abundances.

The distance between our west Hawai‘i study area and Lehua Island where R. hawaiiensis was first described (Sherwood et al., 2021c) is over 500 km and this vast distance suggests a unique and likely incomplete geographical pattern with a yet-to-be-determined distribution vector. Ramicrusta hawaiiensis was described at Lehua Island at 49 – 50 m depths in the mesophotic zone (Sherwood et al., 2021c); however, DAR-WHAP and SKI surveys in west Hawai‘i documented Ramicrusta growing at depths of 3 – 18 m. The habitats investigated in west Hawai‘i represent strikingly different habitat types than those described by Sherwood et al. (2021c) at Lehua Island. Different environmental and oceanographic characteristics, such as irradiance and water temperature might impact the growth rate, pigmentation (Figure 3), morphology, and abundance of this alga. The slight genetic differences among specimens from the mesophotic depths at Lehua Island and the shallow subtidal zone of west Hawai‘i Island suggest that Ramicrusta has affinities with multiple ancestral populations.The expanded distributional data presented in this paper make clear that further geographic inquiry at an archipelagic scale is needed to determine this alga’s overall distribution. This is particularly relevant since the presence of Ramicrusta was readily detectable in previously acquired benthic imagery. Ramicrusta might be present but overlooked or misidentified in other areas of the Hawaiian Archipelago, perhaps even the Northwestern Hawaiian Islands, but voucher specimens are needed.

Nondescript macroalgal thalli that are cryptic, both in situ and taxonomically, pose a challenge to marine scientists. Although SfM photogrammetry is a powerful survey tool that provides detailed information about structural habitat complexity, the accuracy of identification of macroalgal community composition to the species level is low unless the SfM surveys are conducted in concert with voucher collections. Researchers adding annotations to reef mosaic or photo-quadrat images cannot confidently assign algal species names and in many cases, not even genus names in some cases, to crustose, filamentous, and foliose algae without examining anatomical and genetic traits. Macroalgal members of the reef community, even those with similar morphologies, may differ in life history, phenology, and physiology, emphasizing the importance of identification and monitoring of individual species in order to fully understand reef ecology (Stuercke & McDermid, 2004). For instance, in mesophotic depths in the Hawaiian Archipelago, accurate identification of frondose green macroalgae with similar, simple morphologies required genetic analyses to distinguish the four species belonging to two separate genera, Ulva and Umbraulva (Spalding et al., 2016). Future studies focused on DNA sequencing of additional shallow water and mesophotic specimens of Ramicrusta should be performed to verify the distribution and range of Ramicrusta species in the Hawaiian Archipelago to corroborate the ecological findings presented in this study. Ramicrusta specimens in west Hawai‘i did not show evidence of cystocarps or sporangia, enhancing the taxonomic enigma of a cryptic species, and thus, additional studies are needed to document the reproductive structures and strategies of R. hawaiiensis.

Ramicrusta species occupy a diverse range of habitats globally. Atlantic and Caribbean specimens have been observed at depths similar to those reported in west Hawai‘i: 4.5 – 15.5 m (Hollister et al., 2021), < 9 m depth (Edmunds et al., 2019), 5 – 30 m (Williams and García-Sais, 2020). The overall vertical distribution across reef landscapes of the Ramicrusta species in Guam is broad—from intertidal areas to lower mesophotic zones (Mills and Schils, 2021). The new depth distribution of R. hawaiiensis described here (mesophotic to shallow subtidal) corroborates this pattern of broad vertical distribution. Field observations made in 2020 showed that Ramicrusta presence was more notable at sites with higher basalt cover and in exposed areas as opposed to major bays. Some morphological and anatomical traits of Ramicrusta, e.g., the raised margins and thick calcification may give this species a competitive edge in terms of growth, overgrowth of corals, and resistance to herbivory (Steneck, 1985; Steneck et al., 1991). The rebound of Ramicrusta after strong hurricanes in the Virgin Islands (Williams and Edmunds, 2021) suggests that small patches survived and grew quickly. In addition, four newly described species of Ramicrusta in Guam were reported in reef environments that have previously experienced stressor events, such as coral bleaching, or that were exposed to rapid changes in salinity, temperature, nutrients, and terrestrial run-off (Mills and Schils, 2021). In Puerto Rico, large patches (>100 m2) of Ramicrusta textilis have been observed overgrowing reef substrata (Ballantine et al., 2011). These patches may be similar to those observed in west Hawai‘i, especially at site 178 in the 2020 SKI dataset (Figure 10). Larger unconsolidated patches (100 cm2) were observed in several areas, particularly in the southern section of west Hawai‘i during 2020 SKI field observations, and may represent areas of significant overgrowth of the reef substrata and live coral by R. hawaiiensis. Perhaps some Ramicrusta species are ideal competitors with wide tolerances to variations in depth, light, temperature, and water movement, and when given an ecological window of opportunity after a disturbance, the crusts may exhibit a competitive edge.




Figure 10 | Image of 10 m x 10 m orthomosaic in 2020 at SKI site 178 (Left). This site had the highest observed Ramicrusta benthic cover = 37.4% ± 9.17 SE. Ramicrusta is distributed across this SfM mosaic as the rusty-orange encrusting algae throughout the plot (Left) and outlined in red in the images on the right. Ramicrusta can be seen overgrowing a Porites coral in the image on the bottom right.



The expanded geographic distribution of this algal species reported in this study, and the ability of Ramicrusta hawaiiensis to overgrow living coral (Figure 3), highlight the need for continued monitoring and investigation of potential management strategies of the Ramicrusta-coral interaction. Herbivory and nutrients can affect colonization of crustose coralline algae, and thus shape the benthic community structure (Belliveau and Paul, 2002), perhaps these factors also affect peyssonnelid crust recruitment and growth. Flat, hard, crustose morphology may confound some grazers, and crust anatomy with meristematic regions buried under layers of cells may provide some protection from herbivory  (Littler, 1976; Littler et al., 1983a, Littler et al., 1983b). However, herbivory has been suggested as a potential key in managing Ramicrusta and PAC outbreaks on coral reefs (Williams and García-Sais, 2020). Herbivory on Ramicrusta and PAC by the sea urchin, Diadema antillarum has been documented in the Caribbean (Ruiz, 2015; Stockton and Edmunds, 2021). Diadema antillarum has been found to be the only consumer of Ramicrusta and PAC on Caribbean reefs, but more information is still needed on the predation of Ramicrusta by other herbivores (Williams, 2022). Previous studies have suggested that a unique microbiome on Ramicrusta specimens may deter coral settlement and cause the macroalga to be unpalatable to herbivorous fishes and urchin species (Wilson et al., 2020; Williams, 2022). No notable herbivore predation events on Ramicrusta were observed during the recent 2020 WHAP or SKI field surveys, and no evidence of scraping or abrasion typical of parrotfish (Scaridae) predation was found in the photo imagery. However, further investigation into predation by local urchin and fish species in west Hawai‘i is merited.



Long-term dynamics of Ramicrusta in west Hawai’i

The Ramicrusta patches photographed in 2003 were lumped together with other crustose species in surveys by the long-term monitoring biologists; however, the divers’ decades-long ecological data stored as photos, mosaic images, and vouchers are rare treasures for phycologists and marine ecologists working to understand ecosystem dynamics. Ramicrusta hawaiiensis may have been in Hawai‘i before 2003 as cryptic and unnoticed crusts; however, as ocean conditions changed and especially after the mass bleaching event in 2015 (Kramer et al., 2016), Hawaiian Ramicrusta may have gained a competitive advantage to expand its distribution, increase its abundance, or gain enhanced visibility to divers.

Temporal trends suggest that in west Hawai‘i, there is a correlation between warmer years (with positive SSTA twelve months prior to surveying) and higher cover of Ramicrusta. Antecedent temperature regimens may affect the Ramicrusta population as has been documented for other algal species in the Hawaiian Islands (Doty, 1971; Glenn et al., 1990). In a recent study of intertidal communities in the Hawaiian Islands, a significant positive relationship was found between SST and the abundance of three dominant algal taxa: turf algae, brown crustose algae, and a fleshy brown, Turbinaria ornata (Phaeophyceae, Fucales)  (Ward, 2022). Increased intertidal community diversity in response to SST was best explained by SST conditions in the ten months preceding sampling  (Ward, 2022). A more detailed analysis of prior environmental conditions at various time intervals are needed to better understand the influence of multiple factors, i.e., temperature, solar irradiance, water motion, and nutrient levels, on the benthic community along the coast of west Hawai‘i. In addition, trends in the interaction variable (SSTA*latitude) suggest that there is a negative correlation between Ramicrusta and SSTA together particularly in the northern region of west Hawai‘i Island. Laboratory-based experiments would help to reveal the effects of temperature on the growth and reproduction of R. hawaiiensis.

This study documents Ramicrusta far south of the location of its original description in the Hawaiian Archipelago. Its full geographic range and vertical distribution remain unknown. As coral reef communities in the Hawaiian Islands shift and evolve, accurate taxonomic identification of macroalgae to the species level, not just as “crusts” or ambiguous group names, e.g., CCA, PAC, and CCRA, will be crucial to scientific advances in the understanding of reef community dynamics. Now with the recognition of R. hawaiiensis and a better understanding of its ecology, future assessments can track Ramicrusta in the Hawaiian Islands and support efforts to preserve and protect coral reef resources.
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The rising trend in sea surface temperature presents a threat to tropical coral reefs, causing increased mass bleaching and mortality events. Brazilian reefs have been characterized as less susceptible to thermal stress, where the assessment of bleaching events based on temperature anomalies often overpredicts its actual occurrences in comparison with other regions of the global ocean. With coral reefs acclimatized to local environmental conditions, larval connectivity presents a potential role in introducing organisms adapted to different temperature conditions. In the present study, we evaluated the connectivity patterns of Brazilian coral reefs, verifying its potential influence on the variation of thermal stress tolerance supported by these communities. Connectivity was estimated based on 27-year larval dispersion simulations, from 1993 to 2019, among 180 reef sites distributed in seven ecoregions on the Brazilian continental margin. Simulations were performed using a biophysical model coupling ocean currents data and life history traits of Mussismilia hispida, a widespread stony-coral type species and one of the major endemic reef builders in the South Atlantic. The potential influence of larval connectivity on thermal stress tolerance was evaluated considering the probability of connections between each reef site, their respective bleaching thresholds, and the accumulation of sea surface temperature anomalies over 12-week periods. The results indicated that connectivity-influenced bleaching estimations were significantly closer to observations reported in the literature when compared to estimations without connectivity (p-value < 0.05). These findings present an evidence that larval connectivity may display a relevant role in the adaptation of Brazilian corals to changes in seawater temperature, leading to a potential variation of ± 0.3°C in local thermal stress thresholds. Different connectivity patterns assessed during the occurrence of El Niño–Southern Oscillation events were also observed in association with the migrations of the South Equatorial Current bifurcation. These conditions led to the disruption of connections between the Eastern and Northeastern reef sites during El Niño, and between the Northeastern and Amazon reef sites during La Niña. Ultimately, it is expected that those findings may contribute to the management of Brazilian coral reefs regarding changes in dispersal pathways and thermal stress tolerance given future climate change scenarios.
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1 Introduction

Coral reefs are marine ecosystems formed mainly by colonies of different calcium carbonate-secreting organisms, capable of generating large reef structures that have a fundamental role in the maintenance of numerous marine populations, the chemical balance of the oceans, and the global carbon cycle (Spalding et al., 2001; Reynaud et al., 2003; Buddemeier et al., 2004). Despite being sessile organisms, corals have a high dispersal capacity due to the characteristics of their life cycle. During their reproductive phase, hundreds to thousands of planula larvae are released into the water column allowing their dispersion over large distances (Pineda et al., 2007). These larvae are transported by ocean currents until they find a suitable habitat or die (Graham et al., 2008; Thompson et al., 2018). The larval transport from one coral community to another can be expressed in terms of connectivity, i.e., the likelihood of occurrence or probability of successful exchange of individuals between remote reef populations (Cowen and Sponaugle, 2009).

Several factors control successful larval exchange across ocean basins, including species life-history traits, abiotic factors, and geographic barriers (Treml et al., 2015a; Treml et al., 2015b). In particular, El Nino-Southern Oscillation (ENSO) events can shape reef connectivity patterns, given that ENSO-dependent variables such as temperature and ocean acidification affect both larval and adult stages of corals (Edmunds et al., 2001; Albright, 2011; Sutton et al., 2014). Understanding connectivity patterns and their abiotic drivers can be useful to identify possible refuges in the face of ocean warming (Studivan and Voss, 2018; Nakabayashi et al., 2019), and support the planning of reef-conservation strategies (Magris et al., 2016; Endo et al., 2019; Fontoura et al., 2022).

Rising sea surface temperatures (SST) threaten the health of shallow water corals reefs (Hughes et al., 2017). Previous studies indicate that global SST have increased by 0.13°C per decade over the last 100 years (Pachauri et al., 2014). As the ocean warms coral reefs become more vulnerable to thermal stress, which can lead to the bleaching and even death of these communities (Douglas, 2003). South Atlantic coral reefs appear to be more resilient to thermal stress when compared to other communities around the world (Mies et al., 2020). Some of the factors associated with this particular characteristic reside in coral’s higher morphological resistance (Loya et al., 2001), as two-thirds of South Atlantic reefs are composed of massive growth forms. The flexible symbiotic associations formed by the majority of coral populations can also be addressed as responsible for this phenomenon, which increases its adaptability to local environmental disturbances (Baker, 2003). Therefore, the combination of these factors leads to low accuracy of bleaching estimations based on SST anomalies, even in cases of intense and prolonged warming (Banha et al., 2020). Although several bleaching events have been reported over the last few decades (Migotto, 1997; Miranda et al., 2013; Teixeira et al., 2019), these have never been followed by mass mortality along the Brazilian coast (Leão et al., 2019).

The survival of reef ecosystems is reliant on the adaptation of corals to local environmental conditions (Couce et al., 2012). Therefore, the dispersion of coral larvae between reefs under different temperature regimes may display an important role in the adaptation of these populations to thermal stress (Kleypas et al., 2016). This variation in thermal stress tolerance should then be reflected in the accuracy of bleaching estimations when considering the influence of connectivity. The dispersal of coral larvae through different sea surface temperature conditions can also help in identifying areas of higher coral resilience in the face of ocean warming (Mumby et al., 2011; Hock et al., 2017).

Here we propose to evaluate the connectivity patterns of Brazilian coral reefs and verify their potential influence on the variation of thermal stress tolerance. Although the experiments performed for achieving this objective were focused on a single representative species, our aim was to quantify connectivity relationships in a generalized way for Brazilian coral reefs and their potential effect on temperature tolerance as a whole. A brief comparison of sea surface temperature and ocean currents products was also assessed to verify their adequacy in reproducing the study area’s local environmental conditions. To the best of our knowledge, this is the first time an integrated approach has been carried out to assess the relationship between connectivity and thermal stress in the Brazilian continental margin, South Atlantic Ocean.



2 Materials and methods


2.1 Study area

Coral reefs are distributed along 3,000 kilometers on the Brazilian Continental Margin (BCM), comprising the majority of existing reefs in the South Atlantic Ocean (Leão et al., 2019). Their occurrence extends between 1°S–18°S, although rock formations with the presence of corals have been observed from 5°N to 27°S (Lindner et al., 2016; Moura et al., 2016). The coral reef distribution at the north of BCM is marked by Parcel de Manuel Luís reefs (∼ 1°S), occurring 90 km from the coast between 2–30 meters depth (Amaral et al., 2007). Under the Amazon River plume, there is an extensive reef formation composed of coral communities and other building organisms that extends up from 1°S to 5°N (Moura et al., 2016). Between 5°S and 10°S, coral reefs are concentrated close to the shoreline, generally between 5–10 meters in depth (Santos et al., 2007). From 10°S is found one of the largest reef formations along the BCM, encompassing the coral reefs around the Todos os Santos Bay up to the Abrolhos Bank, characterized by a variety of shapes and sizes, occurring from the surface to 90 meters depth (Leão et al., 2019; Zoffoli et al., 2022).

Surface ocean currents control the dispersal of pelagic larvae along the study region (Berti et al., 2011; Peluso et al., 2018). This circulation system is dominated by the western boundary currents along the BCM, mainly composed by the Brazil Current (BC) and the North Brazil Current (NBC) (Stramma and England, 1999). These currents are formed by the bifurcation of the South Equatorial Current southern branch (biSSEC) between 15°S–10°S. At this bifurcation, most of the South Equatorial Current (SSEC) flows northward, merging into the North Brazil Undercurrent (NBUC) (Peterson and Stramma, 1991) and granting the BC a relatively weak flow at its origin. Around 5°S the NBUC then merges into the North Brazil Current with the central branch of the South Equatorial Current (CSEC) (da Silveira et al., 1994). In addition to this western boundary currents system, other meteoceanographic drivers are responsible for contributing to larval dispersal along the BCM, such as wind stress, baroclinic pressure gradients, and tides (Castro et al., 2006).

The study area was delimited between latitudes 1°N–22.5°S, according to the geographic distribution of shallow water coral reefs on the BCM (UNEP-WCMC et al., 2018; Magris et al., 2021). This area was divided into seven regions, adapted from the marine ecoregions proposed by Spalding et al. (2007): (i) Amazon – AMZ, encompassing mainly the Parcel de Manuel Luís reefs; (ii) Fernando de Noronha-Atol das Rocas – FNA; (iii) Northeastern coast – NST; (iv) Eastern-north – ESTn, encompassing the reefs along the Baía de Todos os Santos and adjacent areas; (v) Eastern-center – ESTc, corresponding to the formations along the Abrolhos and Royal Charlotte banks; (vi) Eastern-south – ESTs, encompassing mainly the reefs near Guarapari; (vii) Trindade-Martim Vaz Islands – TMV, associated with isolated reef formations that extend to the end of the Vitória-Trindade Chain, from Mount Columbia to Trindade Island (Figure 1).




Figure 1 | Coral reefs geographic distribution along the Brazilian continental margin (in red), according to UNEP-WCMC et al. (2018) and Magris et al. (2021). Ecoregions adapted from Spalding et al. (2007) (in grey): Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV). Simplified diagram of surface ocean currents (in pink) according to Stramma and England (1999); Soutelino et al. (2013): NBC, North Brazil Current; NBUC, North Brazil Undercurrent; CSEC, Central branch of the South Equatorial Current; SSEC, Southern branch of the South Equatorial Current; biSSEC, bifurcation of the South Equatorial Current southern branch; BC, Brazil Current.





2.2 Connectivity modeling


2.2.1 Model settings

Here we adopt a biophysical model proposed by Treml et al. (2008; 2012) to simulate coral larval dispersion and quantify the connectivity probabilities between Brazilian reefs during 1993–2019. This model is based on a graph-theoretic approach, in which a bidimensional cloud of virtual larvae is released from reef sites according to their reproductive potential (i.e., proportion of reef area) and dispersed by an advection transport algorithm (Smolarkiewicz and Margolin, 1998; Smolarkiewicz, 2006) through the current velocity fields given as input. This virtual cloud is quantified by the probabilistic density function of larval density in each grid cell, i.e., larval dispersion kernel. Therefore, instead of tracking the individual position of an integer number of released larvae, the model directly estimates each reef sites’ connectivity probability based on the larval dispersion kernel. This model is in the Marine Geospatial Ecology Tools (MGET) package, allowing the implementation of larval dispersion simulations using ESRI’s ArcGIS (Roberts et al., 2010).

The initial settings for connectivity modeling involved the creation of the virtual environment for larval dispersion simulations, consisting of a 10 x 10 km grid-based habitat map containing: (i) a water mask derived from the General Bathymetric Chart of the Oceans – GEBCO (Tozer et al., 2019); (ii) a total of 180 reef sites (Figure 2); (iii) proportion (%) of reef coverage within each reef site. The model was then coupled with surface ocean current fields from the Global Ocean Physics Reanalysis – GLORYS12V1 dataset and life history traits of Mussismilia hispida, a widespread endemic species across the BCM. In this setup, the current velocity fields were responsible for moving the larvae dispersion kernel from the initial 180 reef sites, delimiting its potential dispersal pathways, and pacing the intensity of its spatio-temporal distribution along the grid-based map. On the other hand, the life-history traits shaped the dates and frequencies of larvae release, the total duration of the dispersion, and other limiting factors for the simulations to occur, such as the larval mortality rate. A more detailed discussion on the larval simulation limiting factors is presented in the following sections. Given the bidimensional nature of the connectivity model used, the dispersal of coral larvae to deeper reefs was not considered. Although this vertical exchange may also be important when addressing potential climate change refugia (Holstein et al., 2016; Garavelli et al., 2018), here we were interested in assessing only the connectivity between reef sites near the ocean surface, i.e., the populations most impacted by SST anomalies.




Figure 2 | Distribution of the 180 reef sites with 10 x 10 km along the Brazilian continental margin (in gray). Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).





2.2.2. Ocean currents data

Surface ocean current fields were derived from GLORYS12V1 reanalysis (Lellouche et al., 2018). GLORYS12V1 product consists of a coupling of the real-time global forecast model from Copernicus Marine Service (CMEMS) with reanalysis of the European Center for Medium-Range Weather Forecasts (ECMWF) ERA-Interim and ERA5. The dataset have a spatial resolution of 1/12° × 1/12° (∼ 9.26 km × 9.26 km at the equator), 50 depth levels in a daily historical series from January/1993 to December/2019. The daily zonal and meridional components of the surface ocean currents were extracted between the months of August/1993 to November/2019, considering the average fields from 0 to 15 meters depth. This depth range is common to several estimates of surface ocean currents (Dohan et al., 2010; Dagestad and Röhrs, 2019) and was chosen to represent the major current fields associated with shallow water reefs.

The velocity fields were resampled in the connectivity model grid (10 × 10 km) using the bilinear interpolation method available in the pyresample package in Python language (https://pyresample.readthedocs.io/en/latest/grid.html). A diffusivity parameter equivalent to 50 m2s-1 was adopted as the input value in the larval connectivity model to represent the oceanic turbulence (Okubo, 1994). In order to verify the adequacy of the GLORYS12V1 product in reproducing the regional ocean current dynamics, a statistical comparison was performed considering daily zonal and meridional velocity fields derived from GLORYS12V1. These variables were compared against matching-pairs of satellite altimetry data from CMEMS (CMEMS, 2019), and in situ measurements from the Brazilian National Buoy Program – PNBOIA (Marinha do Brasil, 2017), according to the bias, root mean square error (RMSE) and correlation coefficient (R).



2.2.3 Life-history traits

Although our analysis was more focused on a generalist approach rather than species-specific, it is important to note the necessity of incorporating coherent regional biological characteristics into the biophysical model. Therefore, here we choose to use Mussismilia hispida (Verrill et al,.1902) as a representative species for performing the larval dispersal simulations, due to its widespread distribution and importance as a major reef-building coral along the Brazilian continental margin. M. hispida is a hermaphroditic species and broadcasting-type coral. It has a roughly annual reproductive cycle, with at least two to three consecutive months of spawning each year. Recent studies also show that the species is able to spawn even when bleached (Godoy et al., 2021). Based on its life-history traits, the major biological parameters given as input to the connectivity model were its spawning date and larval release frequency, the pelagic larval duration (PLD), the pre-competency period, and larval mortality rate (Table 1). Other factors, such as the reproductive potential and migration rate threshold (MRT), were adopted considering the proportion of reef area in each site and the model accuracy threshold.


Table 1 | Life-history traits of Mussismilia hispida used for the larval connectivity model.



We performed three consecutive releases during August–September–October (ASO) of each year between 1993–2019, corresponding to the maximum spawning intensity of M. hispida (Pires et al., 2016). Although the PLD for M. hispida has not been conclusively determined, preliminary results indicate that most larvae should settle around 10 days (Peluso et al., 2018), remaining at least 7 days in the water column (Pereira et al., 2016). Given that most larvae can settle within 7 to 10 days, some may still remain competent and survive in the water column if no suitable habitat is found. Therefore, a PLD equivalent to 15 days was adopted. The pre-competency time, i.e., period in which the larvae are not able to settle, was modeled by a gamma-cumulative distribution function (Roberts et al., 2010) causing all larvae to reach competence within a maximum of 7 days. In the absence of conclusive data on the settlement probability of M. hispida, we assumed that all competent larvae were able to settle when encountering a reef site. A mortality rate of 10%/day was also adopted for the drifting larvae during the simulations (Nishikawa and Sakai, 2005; Connolly and Baird, 2010).




2.3 Thermal stress


2.3.1 Sea surface temperature data

Sea surface temperature data were obtained from NOAA Coral Reef Watch SST product, also known as CoralTemp (Skirving et al., 2020). The CoralTemp product is derived from nightly satellite data and reanalysis at a daily 5 km resolution, extending from 1985 to present. It is considered one of the main SST products currently available for obtaining and calculating thermal stress indices for coral reef monitoring (Liu et al., 2021a). Daily CoralTemp data was also statistically compared against matching-pairs of SST in situ measurements from PNBOIA. The matching-pairs time-series were compared in terms of the bias, root mean square error, and correlation coefficient.



2.3.2 Thermal stress indices

Thermal stress indices were calculated based on the NOAA Coral Reef Watch protocol for monitoring bleaching events (https://coralreefwatch.noaa.gov/product/5km/methodology.php). First, we obtained the Maximum Monthly Means (MMM) for each reef site, directly from NOAA Coral Reef Watch suite (Skirving et al., 2020). These MMM values are based on a 28-year sea surface temperature climatology (1985–2012), but adjusted according to Heron et al. (2014) to the baseline time period of 1985–1993 (Liu et al., 2003). Therefore, the MMM represents the climatology warmest monthly mean value for each reef site.

Secondly, we use the MMM values to estimate the Thermal Stress Threshold (TST), which is defined as the threshold value at which corals begin to suffer the impacts of thermal stress. Usually, the TST is calculated by adding 1°C to the maximum monthly mean at each reef site (Glynn and D’croz, 1990). However, in order to better capture the bleaching responses based on temperature anomalies, here we calculated the TST considering the natural variability of the maximum monthly means during the study period, according to Donner (2009) (Equation 1). Incorporating MMM variability for TST calculation has been shown to improve bleaching estimations in the Indo-Pacific region (Kleypas et al., 2015; Kumagai and Yamano, 2018). Other modifications of the common TST calculation have also improved bleaching estimations at subtropical corals in eastern Australia (Kim et al., 2019).



Where TSTi = thermal stress threshold in site i, MMMi = maximum monthly mean in site i, σi = standard deviation of maximum SST monthly averages from 1993 to 2019 in site i.

Positive SST anomalies known as temperature hotspots were calculated as the difference between SST time-series and MMM in each reef site. The hotspot values were used to calculate the Degree Heating Week (DHW), a measure of the thermal stress accumulation in a given region over time. Therefore, DHW consists of the accumulation of temperature hotspots that exceeds TST values in a 12-week moving window (Equation 2) (Liu et al., 2006).



Where DHWi,j = sum of positive SST anomalies in the site i on day j; Hotspoti,k = positive SST anomalies (≥ 2.5σi ) in the site i for the 83 days prior to day j; σi = standard deviation of SST monthly average peaks from 1993 to 2019 in the site i.

Based on DHW values we estimated bleaching events occurrences according to three severity levels (Kayanne, 2017): (i) mild bleaching (4 to 8°C-weeks), (ii) moderate bleaching (8 to 12°C-weeks); (iii) severe bleaching (> 12°C-weeks). Bleaching events estimations for each reef site were grouped according to their respective ecoregion. Therefore, bleaching events within the same ecoregion and during the same period were counted as a single event.




2.4 Analysis


2.4.1 Connectivity patterns

From eighty-one larval dispersal simulations performed during August–September–October of 1993–2019 time-series we obtained the connectivity probabilities for 180 reef sites. We analyzed the connectivity patterns based on the overall average of simulations regarding the larval kernel density and established connection probabilities within 7 major ecoregions. These connectivity patterns were also assessed in relation to years of greater intensity of El Niño and La Niña events during ASO months, according to the Oceanic Niño Index (ONI) available from the NOAA Climate Prediction Center (https://origin.cpc.ncep.noaa.gov/products/analysismonitoring/ensostuff/ONIv5.php). Therefore, ASO months during 1997–1998 and 2015–2016 were selected as El Niño representative periods and 1998–1999 and 2010–2011 as La Niña periods. Connectivity matrices were calculated for each reference period (i.e., 1993–2019 time-series, El Niño and La Niña) considering the relative contribution of each ecoregion to overall connectivity, expressed by the number of successful connections and its weighted probabilities (Equation 3). The purpose of this analysis was to verify whether substantial changes in dispersal pathways and connectivity patterns could be observed during ENSO events.



Where RCij = relative contribution from ecoregion j to i; Nij = number of successful connections from ecoregion j to i; Pij = weighted average connection probability from ecoregion j to i; T = total number of successful connections between all ecoregions.



2.4.2 Integrating connectivity and thermal stress

Given that connectivity describes successful larval dispersal relationships between two remote populations, which are often acclimatized to different temperature regimes, we can assume that it has the potential to play a relevant role in local thermal stress adaptation (Kleypas et al., 2016). Assuming that coral's thermal tolerance is inherited from its parents (Dixon et al., 2015), local populations receiving larvae from warmer/colder regions would tend to increase/decrease its thermal stress tolerance if these new individuals are recruited and become capable of reproducing in this new population. Therefore, the influence of connectivity in thermal stress tolerance should be reflected in the occurrence of bleaching events related to SST anomalies.

In order to verify this hypothesis, the potential influence of connectivity on thermal stress tolerance was assessed by incorporating the probability of connection between each reef site on the previous TST estimations. The TSTcp for a reef site i was calculated as a function of the connectivity probability (a) among all the other reef cells j and their respective TST values (Equation 4), adapted from Kleypas et al. (2016). The differences between the TST and TSTcp values were calculated in order to analyze the spatial variability influenced by connectivity and to identify the sites with a greater potential variation of temperature tolerance.



Based on the obtained TSTcp values, we re-calculated the DHW considering only the sum of positive SST anomalies that exceeded TSTcp at each reef site. The estimated bleaching events based on TST and TSTcp were statistically compared with reported events in the literature, in order to verify whether connectivity significantly improved bleaching estimations in the study area. The reported events were assessed through extensive bibliographic research (see Supplementary Material, Section 2) and cataloged according to the ReefBase protocol for coral reefs monitoring (Oliver et al., 2004).

For a proper comparison in terms of bleaching severity, the occurrences were weighted according to their severity level and their subsequent ReefBase code (i.e., ×1 for mild bleaching, ×2 for moderate bleaching, and ×3 for severe bleaching). We then calculated the absolute errors between the numbers of observed and estimated bleaching occurrences. The statistical comparison was performed according to the non-parametric Sign test and Wilcoxon signed-rank test. The purpose of this analysis was to determine whether connectivity-influenced estimations were significantly closer to actual bleaching observations (Kleypas et al., 2016).

In the Sign test, the differences were evaluated by classifying the connectivity-influenced estimations as “better” or “worse”, in case the absolute errors were lower or higher than the absolute errors presented by the estimations without connectivity. Assuming the probability that these results are random, i.e., a priori none of the methods are better or worse, the Sign test is then reduced to a simple binomial cumulative distribution function in which there is a 50% probability of obtaining both better and worse results among bleaching estimates. In the Wilcoxon signed-rank test, the results obtained for the bleaching estimations were evaluated considering the total number of absolute errors, and assessed in order to identify which of the estimations presented significantly lower values in relation to the real observations.





3 Results


3.1 Validation of SST and ocean currents data

The brief validation of SST and ocean currents data indicated a moderate to excellent correlation with in situ measurements. CoralTemp SST presented a high correlation (R = 0.987), low bias (-0.065°C) and RMSE (0.548°C) when compared with in situ data from PNBOIA buoys (Figure 3). In general, the buoys that presented the lowest correlation values and the highest values of bias and RMSE were located in the southern portion or below the latitudinal limit of the study area (i.e., south of 23°S). A moderate correlation was observed for zonal (R = 0.637) and meridional (R = 0.510) velocities for GLORYS12V1 ocean surface currents when compared to PNBOIA buoys. The maximum magnitudes of the zonal velocity fields were observed in the northern portion of the BCM, as well as the maximum standard deviation. These regions also presented higher values of bias and RMSE when compared to altimeter-derived ocean current fields (see Supplementary Figures S1, S2), but just like SST comparisons, were located beyond the boundaries of the study area, and present no relevant interference in the larval dispersal simulations.




Figure 3 | Sea surface temperature, zonal and meridional surface current velocities statistical comparisons in relation to in situ PNBOIA measurements: (A, D) CoralTemp SST (°C); (B, E) GLORYS12V1 ocean currents zonal velocity (m/s); (C, F) GLORYS12V1 ocean currents meridional velocity (m/s). N = number of observations. Warmer colors indicate higher data densities.





3.2 Connectivity patterns

The larval dispersal simulations presented a kernel density < 10−4 for the major virtual larvae cloud release (see Supplementary Video S1). The highest values of kernel density (> 0.005) were observed in the first ten days, mostly along the inner continental shelf. Differences in the kernel dispersal distribution were also observed according to El Niño and La Niña years (see Supplementary Video S2). Simulations during 1993–2019 time-series and El Niño years were marked by an accentuated northward dispersion when compared to the simulations during La Niña years, mainly from the Northeastern, Fernando de Noronha-Atol das Rocas and Amazon ecoregions. The dispersion between the Eastern-central, Eastern-north and Northeastern ecoregions were also more accentuated during the 1993–2019 time-series and La Niña years when compared to El Niño years.

Connectivity patterns for the 1993–2019 time-series presented a distribution between all ecoregions, except for Trindade-Martim Vaz (Figure 4A). Greater connection probabilities (≥ 0.005) were observed for sites within the same ecoregion, reaching their maximum for the Eastern-center and Northeastern ecoregions. In general, all connection links between different ecoregions had probabilities ≤ 0.0001. During the El Niño years (Figure 5A) we observed a shutdown of connections between Fernando de Noronha-Atol das Rocas, Northeastern, and Eastern-north ecoregions. Its probabilities remained similar to the 1993–2019 time-series, presenting maximum values ≤ 0.005. In contrast, La Niña years presented a shutdown of connections between the Amazon, Northeastern, and Fernando de Noronha-Atol das Rocas ecoregions (Figure 6A). La Niña years were also marked by a high connection probability between the reef sites at the Eastern-center region ((≥ 0.01) and a decrease in connection probability with Eastern-south.




Figure 4 | Connectivity patterns obtained from the larval connectivity model, considering the average of dispersal simulations between August–September–October for the 1993–2019 time-series: (A) Distribution of connection probabilities between reef sites; (B) Total number of connections given source (in blue) and destination (in orange) ecoregions; (C) Number of connections given source (in blue) and destination (in orange) ecoregions, disregarding connections between reef sites within the same ecoregion; (D) Linear distances from connections between the source and destination reef sites. Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).






Figure 5 | Connectivity patterns obtained from the larval connectivity model, considering the average of dispersal simulations between August–September–October for the El Niño years (1997–1998 and 2015–2016): (A) Distribution of connection probabilities between reef sites; (B) Total number of connections given source (in blue) and destination (in orange) ecoregions; (C) Number of connections given source (in blue) and destination (in orange) ecoregions, disregarding connections between reef sites within the same ecoregion; (D) Linear distances from connections between the source and destination reef sites. Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).






Figure 6 | Connectivity patterns obtained from the larval connectivity model, considering the average of dispersal simulations between August–September–October for the La Niña years (1998–1999 and 2010–2011): (A) Distribution of connection probabilities between reef sites; (B) Total number of connections given source (in blue) and destination (in orange) ecoregions; (C) Number of connections given source (in blue) and destination (in orange) ecoregions, disregarding connections between reef sites within the same ecoregion; (D) Linear distances from connections between the source and destination reef sites. Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).



The total number of connections for the 1993–2019 time-series (N = 9463) was higher than for El Niño (N = 7504) and La Niña (N = 8540) years (Figures 4B, 5B and 6B). The higher numbers of connections were observed for the Northeastern, Eastern-center, and Eastern-north ecoregions. During the El Niño years, we observed a substantial decrease in the number of connections for Eastern-center and Eastern-north regions. Besides the changes in source and destination numbers for Northeastern, other ecoregions did not show relevant variations during these periods. Considering only connections established between different ecoregions, this number was drastically reduced, especially for El Niño years (Figure 5C). The total number of connections was 1492 for the 1993–2019 time-series, 410 for El Niño years and 1051 for La Niña years (Figures 4C, 5C and 6C).

Average connection distances were equivalent to 150 km for the 1993–2019 time-series, 146 km for El Niño years, and 95 km for La Niña years. Maximum distances were equivalent to 1222 km, 1246 km and 568 km, respectively (Figures 4D, 5D and 6D). Minimum distances correspond to self-recruitment and/or connections between neighboring reef sites (≤ 10 km). For the connectivity matrices, the greater values of relative contribution (i.e, number of successful connections per weighted probability) were observed within each ecoregion (Figure 7).




Figure 7 | Connectivity and delta matrices showing the relative contribution (%) of source and destination ecoregions in larval dispersal, i.e, weighted number of reef sites connections per probability. (A) 1993–2019 time-series; (B) El Niño years (1997–1998 and 2015–2016); (C) La Niña years (1998–1999 and 2010–2011); (D) 1993–2019 time-series minus El Niño years; (E) 1993–2019 time-series minus La Niña years; (F) El Niño minus La Niña years. In (D–F), gray/blue/orange values indicate higher contribution during Neutral/El Niño/La Niña years, respectively. Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).



The Northeastern, Eastern-center, and Eastern-north ecoregions presented the highest values of self-recruitment, while the contribution percentages between these regions varied among periods, reaching values ≥ 50% in the Northeastern ecoregion during El Niño years. The highest relative contribution between two different regions was observed for Eastern-north and Eastern-center ecoregions, being 5.85% for the 1993–2019 time-series and 6.76% for the La Niña years.



3.3 Thermal stress

The spatial distribution of thermal stress thresholds presented similar values for sites within the same ecoregion (Figure 8). TST values ranged from 26.50°C – 27.00°C in the Eastern-south ecoregion, 28.50°C – 29.00°C in the Amazon, and > 29.00°C in the Eastern-north, Northeastern, Fernando de Noronha-Atol das Rocas and Trindade-Martim Vaz ecoregions. The Eastern-center, Eastern-north, and Northeastern ecoregions showed the greatest variations of TST values, ranging from 27.50°C – 28.50°C in the Eastern-center, and 28.50°C – 29.50°C in Eastern-north and Northeastern ecoregions. The lowest and highest MMM mean values were observed in the Eastern-south (MMM = 25.53°C) and Fernando de Noronha-Atol das Rocas (MMM = 28.29°C) ecoregions, while the lowest and highest TST mean values were observed in the Eastern-south (TST = 26.75°C) and Trindade-Martim Vaz (TST = 29.38°C) ecoregions. TMV and Amazon ecoregions also showed the greatest and smallest differences for the TST and MMM mean values, being +1.47°C in the Eastern-south and +0.85°C in the Amazon ecoregion (see Supplementary Figure S3). Given the average SST time-series at each ecoregion, the highest number of the 12-week positive anomalies accumulation (DHW) had values above 4°C-weeks as observed for the Amazon ecoregion, which also presented the highest DHW intensity (> 16°C-weeks). In general, the highest DHW values were observed between 2010 and 2019. The year 1998 also presented a significant accumulation of more than 8°C-weeks in the Northeastern and Amazon ecoregions. The lowest accumulation of SST positive anomalies was observed for the Eastern-south ecoregion, in which the DHW values remained below 4°C-weeks during the entire 1993–2019 time-series (see Supplementary Figure S4).




Figure 8 | Spatial distribution of thermal stress thresholds (TST) calculated for the 180 reef sites along the Brazilian continental margin (in gray). Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).



Reef sites from the Eastern-south and Amazon ecoregions presented the greatest positive variation of TST values due to the influence of connectivity (ΔTST > 0.3°C) (Figure 9). The Eastern-center, Eastern-north and Northeastern ecoregions showed reef sites with maximum magnitudes of ΔTST around ± 0.2°C, although for most sites this variation was < ± 0.1°C. Sites with low connectivity interactions such as Fernando de Noronha-Atol das Rocas and Trindade-Martim Vaz ecoregions presented slightly smaller values, around ± 0.1°C. Considering the average of TST and TSTcp values at each ecoregion, the source reef sites in Eastern-south presented thermal stress thresholds contributions ranging from 26.50°C (∼ 40%), 27.00°C (∼ 35%) and 28°C (∼ 25%). In the Amazon ecoregion, the TSTs contributions varied between 28.50°C (∼ 25%) and 29.25°C (∼ 75%). The Eastern-center, Eastern-north, Northeastern, Fernando de Noronha-Atol das Rocas and Trindade-Martim Vaz ecoregions presented an almost null variation of TSTcp in relation to TST averages (see Supplementary Figure S5).




Figure 9 | Spatial distribution of the difference between the thermal stress thresholds and connectivity-influenced TSTcp calculated for the 180 reef sites along the Brazilian continental margin (in gray). Blue and red colors indicate reef sites with potential increase and decrease in thermal stress tolerance, respectively. Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).




3.3.1 Bleaching estimations

A total of 48 independent bleaching events were reported in the literature during 1993–2019, in comparison with 50 and 48 estimations with and without connectivity, respectively (Figure 10). The severity of reported events classified according to the ReefBase protocol varied from 19 mild bleaching, 14 moderate bleaching, and 15 severe bleaching events. No connectivity-influence severity varied from 33 mild bleaching, 11 moderate bleaching and only 4 severe bleaching events. The connectivity-influenced severity varied from 32 mild bleaching, 13 moderate bleaching and 5 severe bleaching events. The number of bleaching events between the estimated and reported events were particularly higher for the Eastern-center, Eastern-north and Northeastern ecoregions.




Figure 10 | Number and severity of bleaching events for each ecoregion: (A) Bleaching events reported in the literature; (B) No connectivity-influence estimated bleaching events; (C) Connectivity-influenced estimated bleaching events. Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).



Although the total number of bleaching events was the same for the reported and no connectivity-influence events, greater absolute errors were obtained when comparing each ecoregion, especially after weighting the number of bleaching occurrences according to their severity. The absolute errors from the weighted bleaching events were smaller for connectivity-influenced estimations regarding mild bleaching in the Eastern-south, Eastern-center and Amazon ecoregions. Moderate and severe bleaching also presented a decrease in the Eastern-north region for connectivity-influenced estimations, although errors were higher for mild bleaching events. All other ecoregions presented the same values of absolute errors (Figure 11). The statistical comparison through Sign test showed that connectivity-influenced estimations were significantly closer to reported observations than no connectivity-influence estimations (p-value = 0.01562). Comparing the total absolute errors of the two estimation methods through Wilcoxon signed-rank test, also showed that connectivity significantly decreases absolute errors in comparison to no connectivity-influence estimations (p-value = 0.04876).




Figure 11 | Absolute errors obtained for estimated bleaching events compared to reported bleaching events, as follows: (A) No connectivity-influence estimated bleaching events; (B) Connectivity-influenced estimated bleaching events. Values highlighted in blue and red indicate a better or worse bleaching estimate regarding the connectivity influence, respectively. Ecoregions: Eastern-south (ESTs); Eastern-center (ESTc); Eastern-north (ESTn); Northeastern (NST), Amazon (AMZ), Fernando de Noronha-Atol das Rocas (FNA), Trindade-Martim Vaz Islands (TMV).







4 Discussion

The connectivity patterns obtained from larval dispersal simulations during the 1993–2019 time-series are the first assessed results for Brazilian coral reefs considering a broad time scale, i.e., 27 years. A time scale > 20 years is essential for capturing the true connectivity variability through biophysical simulations (Thompson et al., 2018). In general, the larval dispersion kernel obtained from the computational model obeys the surface ocean currents dynamics along the Brazilian continental margin, resulting in widespread connectivity across the reef sites (Figure 1). This overall connectivity pattern were disrupted during ENSO events, resulting in the shutdown of connections between Eastern and Northeastern ecoregions during El Niño periods (Figure 5), and between Northeastern and Amazon ecoregions during La Niña periods (Figure 6). In general, these results agree with the local TST distribution and the regional ocean currents dynamics, which transport larvae from reef sites more acclimatized to thermal stress to sites with lower TST values (Figures 8, 9). Given that the incorporation of connectivity significantly improved bleaching estimations at ecoregions receiving larvae from sites with higher TST values, these results present important evidence as to how connectivity can shape the thermal tolerance for Brazilian coral reefs, given the genetic inheritance of dispersed larvae from different thermal stress conditions (Dixon et al., 2015; Kleypas et al., 2016).

The validation of the products used for assessing the connectivity patterns and their potential influence on thermal stress tolerance indicated a satisfactory representation of regional sea surface temperatures and ocean currents dynamics along the BCM (Figure 3). Other studies also indicated a good correlation of CoralTemp SST with in situ and satellite derived temperature measurements (Claar et al., 2019; DeCarlo, 2020; Gomez et al., 2020), as well as its effectiveness in assessing the occurrence of bleaching events (Kumagai and Yamano, 2018; Liu et al., 2021a). Despite the moderate correlation presented by GLORYS12V1 ocean currents data, the number of in situ measurements available for comparison was relatively limited (N = 359) and prevented a more robust comparison. Relatively, larger differences were observed in the comparisons using altimeter data in regions with higher variability (see Supplementary Figures S4, S5), but agrees with other validation results for most of the study area (Luko et al., 2021).

Given the dominant ocean currents in the BCM, the cloud of virtual larvae released from the Eastern-south and Eastern-center ecoregions followed the Brazil Current southwards, while those released from the Northeastern, Fernando de Noronha-Atol das Rocas and Amazon ecoregions followed the North Brazil Current northwards (Figure 1). For the Eastern-north ecoregion, a dispersion in both directions was observed, justified by the bifurcation of the South Equatorial Current southern branch around 10°S–15°S, merging into the BC and NBC (Stramma and England, 1999). Finally, the Trindade-Martim Vaz ecoregion presented a predominant dispersion westwards, associated with the multi-band character of the SSEC around 20°S (Luko et al., 2021). Other relevant factors for larval dispersal along the BCM are the meanders and vortices generated by interactions of ocean currents with topographic features and barotropic instabilities (Silveira et al., 2000; Soutelino et al., 2013; Simoes-Sousa et al., 2021).

Connectivity patterns correspond with M. hispida gene flow along the BCM region (Peluso et al., 2018). In general, larvae are dispersed southwards for Eastern regions and northwards for Northeastern regions. During El Niño years, the shutdown of connections between the Northeastern and Eastern-south ecoregions can be explained by the migration of the Intertropical Convergence Zone (ITCZ) towards the north (Xavier et al., 2003). This migration shifts the SSEC bifurcation to the south, similarly to what is observed during austral winter (Rodrigues et al., 2007). Therefore, larvae from the Eastern-north ecoregion are captured by the southward flow of the Brazil Current, while larvae from the Northeastern ecoregion are captured by the northward flow of the North Brazil Current. The seasonal migration of the ITCZ has already been reported to influence the dispersion of the invasive sun-coral larvae (Tubastraea spp.) along the Brazilian continental margin (Coelho et al., 2022). In addition, there seems to be a strong competition between M. hispida and sun-coral species, which can lead to substantial changes in massive reef-builder communities in the region (dos Santos et al., 2013).

This variability in connectivity patterns and relationships with surface ocean and atmospheric circulation can also be noted by the decrease in the number of connections for the Eastern-north and Northeastern ecoregions (Figures 5B, 6B). The weakening of the trade winds observed during El Niño years (Hartmann, 2015) can be associated with the high larval retention observed during these periods, given the drastic decrease in the number of inter-ecoregion connections (Figure 5C) and the increase in the relative contribution of intra-ecoregion sources (Figure 7). The increase in sea surface temperature during El Niño years, which is often related to the occurrence of bleaching events along the BCM (Lisboa et al., 2018; Teixeira et al., 2019), can also be associated with the observed larval retention. Under higher temperature conditions the coral’s pelagic larval duration is usually shortened, and hence the larvae would disperse for smaller distances (Edmunds et al., 2001). Other ENSO-dependent variables such as ocean acidification also affect the different stages of the coral life cycle and may therefore affect connectivity through survivorship and growth (Jokiel et al., 2008).

As the connectivity patterns reflect the potential larvae exchange between reefs acclimatized to different SST regimes, the variation of thermal stress thresholds agrees with the major dispersal pathways presented. The highest positive variation of thermal stress thresholds was observed for reef sites in both latitudinal limits, such as in the Eastern-south and Amazon ecoregions, where the contribution from reef sites more acclimatized to thermal stress was greater (Figures 8, 9). The obtained TST and TSTcp distribution may be explained by several local factors, which may be difficult to completely describe given the long linear nature of the coastline, but is essentially linked to two major factors: (i) the poleward larval transport by the Brazil Current (as for the Eastern-south reef sites), and (ii) the larval transport from coastal reef areas to offshore areas by the North Brazil Current (as for the Amazon reef sites). In the reef sites with the highest negative variation of TST, such as in the Eastern-north, a more confined connectivity pattern was observed with greater larval contribution from reef sites of the same ecoregion (see Supplementary Figure S5).

The comparison of reported bleaching events against the thermal stress estimations presented some differences regarding the number of occurrences and maximum severity (Figure 10). These discrepancies are considered somewhat common or expected, given that global bleaching estimations based on SST are unable to perfectly agree with reported events at the local level (Boylan and Kleypas, 2008). However, thermal stress indices still remain one of the most effective methods for detecting bleaching events, especially in cases of moderate and severe bleaching (Kayanne, 2017). Our results indicate that remotely sensed estimations, either with or without connectivity, tend to overestimate the occurrence of mild bleaching events in the study area, given the increase of > 43% in mild bleaching estimations when compared to reported events. In contrast, the number of severe bleaching events reported in the literature was unexpectedly higher than those estimated based on SST anomalies. This discrepancy reasserts that thermal stress is not solely responsible for the occurrence of bleaching events along the BCM.

Estimations of bleaching events in the study area based on thermal stress indices have already been discussed as less accurate when compared with other regions of the global ocean, given the apparent natural resilience of the Brazilian coral reefs to SST anomalies (Banha et al., 2020; Mies et al., 2020). Major coral stressors in the region are also the water turbidity and sedimentation load conditions (Freitas et al., 2019; Loiola et al., 2019). The incorporation of bleaching indices based on these environmental variables might improve the accuracy of remotely-sensed bleaching estimations in the BCM, allowing even its association with connectivity patterns for the construction of a more robust bleaching detection model. Other environmental factors such as wind stress and ultraviolet radiation can also impact on coral health (Zhou et al., 2017; Paparella et al., 2019), although their relation with coral bleaching has not yet been properly assessed in the BCM region.

The overestimation of bleaching events in certain ecoregions may also be associated with the absence of adequate monitoring, given that although bleaching observations in BCM date back to 1993 (Migotto, 1997), a Brazilian national reef monitoring network was established only in 2000 (Ferreira and Maida, 2006). This lack of proper monitoring in previous years (1993–1999) may have resulted in unreported events in the literature, especially considering the occurrence of a global mass bleaching episode during the 1997–1998 El Niño event (Wilkinson, 1998). Therefore, it is important to note that just because a bleaching event was not observed and therefore not recorded, it does not mean that bleaching didn’t occur. We suggest that monitoring efforts must always be conducted to adequately record the occurrence of bleaching events in the region. Given the long linear nature of the BCM coastline, where specific local factors may change the severity of bleaching estimations, it could even be possible to use a Page-Rank measure to calculate the flow on effects (Brin and Page, 1998). So for example, if a reef j is isolated from the connectivity then its impact on i would be less from a long-term perspective.

Although the aim of this study was not to improve the accuracy of bleaching estimations regarding the influence or not of the connectivity per se, the comparison of these estimations reflects whether the connectivity may potentially shape the thermal stress tolerance in the region. The absolute errors obtained from the connectivity and no connectivity bleaching estimations present possible answers for this hypothesis (Figure 11). The statistical tests performed showed that connectivity-influenced estimations were significantly closer to reported events than no connectivity-influence estimations. Therefore, these results support the hypothesis that connectivity can display an important role on thermal stress tolerance among reef populations, as proposed by Kleypas et al. (2016).

The influence of connectivity on thermal stress tolerance is based on the dispersed larvae genetic inheritance from its local parents (Dixon et al., 2015). Therefore, thermal tolerance is associated with numerous cellular processes in coral's structure and its genes categories, such as stress enzymes, apoptosis regulators and even proteins (Barshis et al., 2013). From an evolutionary perspective, adaptation to thermal stress is usually determined by the outcome of divergent selection (Porcelli et al., 2015). These specific physiological traits can be tested to verify different coral responses to thermal stress conditions. Therefore, integrating the modeled connectivity influence on thermal stress tolerance with future approaches regarding coral’s temperature genetic inheritance may present an even more solid evidence for the discussed hypothesis. Still, the shutdown of connectivity links between ecoregions during ENSO events may represent a relevant interference in coral’s genetic trade between reef sites, specially for the Eastern-north, Northeastern and Amazon ecoregions. This could potentially impact genetic transfer, which may had resulted in the absolute errors observed for these ecoregions in certain cases.

A robust sensitivity analysis of the obtained connectivity patterns would also be helpful in addressing the major biological drivers for defining connectivity relations (Treml et al., 2015a) and thus influencing the variation of thermal stress tolerance in the study region. Future studies should be conducted to better understand how different life-history traits affects the initial hypothesis as here proposed and discussed. It is also important to note that thermal stress affects each coral species differently, given that a large variation in bleaching rates was observed during one of the largest thermal stress events ever recorded in the Brazilian continental margin (DHW > 19°C-weeks), ranging from 80% to none bleaching occurrence depending on the spp. (Duarte et al., 2020). In this way, although the use of M. hispida as a representative species presents a certain limitation to the analysis of bleaching comparisons, it still remains especially valid when considering that this species is one of the major coral reef builders in the South Atlantic Ocean. An effective way to overcome this limitation would be to compare only bleaching occurrences for a single species or spp. with similar biological characteristics. However, the limited number of published reports in this study region still prevents this comparison. The use of more than one representative species in the analysis could also increase the accuracy of bleaching event estimates, if more data were available. However, this approach would be computationally expensive when analyzing longer time periods, as considered in the present study.

Other limitations regarding the present approach consist of the availability of coral reef mapping data and the spatial resolution for connectivity modeling. Given the particular characteristics of some Brazilian reefs, i.e., associated with turbid and mesophotic waters, new coral ecosystems along the Brazilian continental margin continue to be discovered up to this day (Negrão et al., 2021). The absence of existing reef areas in the computational modeling can potentially decrease the accuracy of larval dispersal simulations, especially when considering the importance of stepping-stone reefs that sustain and promote regional connectivity (Liu et al., 2021b). The use of high-resolution connectivity modeling could also help coral reef mapping approaches by predicting reef growth trajectories (Zoffoli et al., 2022). Ultimately, these new advances will come in hand with regional management of coral reefs and a more in-depth discussion on connectivity relationships with thermal stress tolerance at local scales.



5 Summary and final remarks

The influence of connectivity patterns of Brazilian coral reefs on the variation of thermal stress tolerance supported by these communities was evaluated for the first time using a biophysical model and SST data in a 27-year time-series, from 1993–2019. Our results indicated that connectivity-influenced coral bleaching estimations agree significantly better with reported observations, when compared with the estimations not considering the connectivity. These results can be considered as evidence that the coral larval dispersion between coral reefs under different SST conditions has the potential to modify local thermal stress tolerance. This is a relevant assessment considering the present ocean warming scenario and the efforts required for the management of Brazilian coral reefs.

Some limitations found in the development of this study can be improved with the use of more advanced biophysical models and processing capabilities, allowing more extensive larval dispersal simulations for several coral species simultaneously. The availability of a georeferenced coral bleaching database for the Brazilian continental margin region would also improve the comparison of bleaching estimates with in situ observations. Our findings also presented a statistical validation of CoralTemp SST and GLORYS12V1 ocean currents products, highlighting their potential uses in future studies on coral bleaching and connectivity modeling in the study region.

Finally, the differences in connectivity patterns found between the 1993–2019 time-series and years of ENSO events indicate that the migration of the South Equatorial Current may have a relevant role in decreasing the contribution of inter-ecoregion larvae. Given possible shifts in South Atlantic surface circulation as a consequence of global climate change (Sen Gupta et al., 2021), this finding indicates key regions where coral reef connectivity may be permanently disrupted in the future, highlighting its importance for coral conservation.
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Corals form symbiotic relationships with dinoflagellate algae of the family Symbiodiniaceae, bacteria, and other microbes. Central to that relationship is the regulation of nutrition flux between the animal host and the photosynthetic Symbiodiniaceae that it is reliant on for the majority of metabolic needs. Nitrogen availability controls the growth and density of Symbiodiniaceae within coral tissues and has been proposed to play a role in host derived symbiosis regulation. Warming ocean temperatures and subsequent increases in dissolved organic carbon can potentially increase nitrogen fixation and lead to bleaching. We investigated the importance of nitrogen metabolism in vivo with LC-MS based stable isotope tracing using nubbins from three species of Hawaiian coral, the more heat tolerant Montipora capitata and Porites compressa and the more heat sensitive Pocillopora acuta, that were collected from reefs in Kāne’ohe Bay, O’ahu. In addition to 15N incorporation into nucleotides, amino acids, and urea cycle metabolites, we also observed significant isotopic labeling in dipeptides, supporting their previous identification as major heat stress response metabolites. Surprisingly, the dipeptides are highly enriched in 15N compared to free amino acids, which are the biosynthetic precursors for dipeptides. This suggests that there is a high turnover of dipeptide pools and distinct biosynthetic mechanisms that separately mediate amino acid and dipeptide production. These preliminary data show that nitrogen assimilation in the coral holobiont is likely compartmentalized, with rapid assimilation and quick dipeptide turnover occurring in one region of the holobiont and slow turnover of other nitrogen containing metabolites in other region(s).
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Introduction

Biogeochemical cycling, the movement of small metabolic intermediates and products between organisms and the environment undergirds the ability for complex lifeforms to exist on Earth. This is not limited to terrestrial ecosystems, but extends to the oceans, characterizing the relationship of Scleractinian (reef-building) corals and their photosynthetic dinoflagellate algal endosymbionts, in the family Symbiodiniaceae. Reef building corals are the backbones of biodiverse marine ecosystems (Cunning and Baker, 2013; Bourne et al., 2016; Tivey et al., 2020). Covering < 0.1% of the ocean floor, they house upwards of 25% of all aquatic life (Hoegh-Guldberg et al., 2019). This immense diversity is possible via maintenance of the metabolic balance between the scleractinian animal, the Symbiodiniaceae algae, and other microbes that collectively comprise a community referred to as the coral holobiont. The algal symbionts provide up to 95% of the energy requirements of the cnidarian host (Falkowski et al., 1993). Within the Symbiodiniaceae, photoautotrophic energy is harnessed to assimilate nutrients and produce organic photosynthates, such as glucose, amino acids, glycerol, and other compounds that are translocated to the host to maintain primary metabolism (Burriesci et al., 2012; Cleves et al., 2020; Li et al., 2021). The focus of the metabolic balance and burden between reef building corals and their symbionts has largely been centered on investigating the fate of carbon within the holobiont (Badger and Price, 1992; Whitney et al., 1995; Whitney and Yellowlees, 1995; Furla et al., 2000; Furla et al., 2005). The devastating effects of external environmental stressors, predominately arising from anthropogenic climate change, disrupts the coral symbiosis, leading to coral bleaching. If persistent, bleaching can eventually result in extensive reef loss (Loya et al., 2001; Mcclanahan et al., 2002; Sogin et al., 2016; Nielsen et al., 2018). It is not fully clear how bleaching is mechanistically regulated. Considering that the metabolic substrates the symbionts need must first pass through host tissues, there are several proposed regulatory mechanisms for how the animal may exert control over the algal population within its tissues (Li et al., 2021).

Relative to the study of carbon compound exchange, the movement of nitrogen throughout the holobiont and how nitrogen metabolism is impacted by environmental stress has not been as extensively investigated across a wide range of coral species. Because ammonium (NH4+) accounts for 42% of the nitrogen requirement of the holobiont and is the predominant nitrogenous substrate that is passed to the symbionts from the host (Pernice et al., 2012), this raises important questions about how nitrogen metabolism may have a potential mechanistic connection to bleaching and be a means of host control of the symbiont population (Rädecker et al., 2015; Pogoreutz et al., 2017). Nitrogen sources such as NO3-, urea, and dissolved amino acids can be assimilated by both the coral animal (through heterotrophic feeding or ammonium, nitrate, urea, or amino acid transporters), and assimilated by the symbionts (through an analogous suite of transporters) (Muscatine et al., 1979; Grover et al., 2002; Grover et al., 2003; Grover et al., 2006; Grover et al., 2008; Benavides et al., 2017; LaJeunesse et al., 2018). Symbiodiniaceae have the capacity to take-up and/or fix dissolved inorganic nitrogen from surrounding seawater in the form of NH4+ at rates 14 to 23 times greater than the host via three key nitrogen assimilating enzymes. Glutamine synthetase (GS) and glutamine oxoglutarate aminotransferase (GOGAT) transaminate glutamate to produce glutamine, whereas glutamate dehydrogenase (GDH) transaminates α-ketoglutarate to produce glutamate (Roberts et al., 2001). Transcriptomic analysis of at least one coral species, Stylophora pistillata, showed that the expression of these enzymes in the host is down-regulated while it is unchanged in the algae during heat stress as energy burdens shift and amino acid catabolism pathways become more active (Rädecker et al., 2020). Metabolomics analysis can thus greatly expand our understanding of nitrogen based (and other) metabolic interactions within the holobiont, and elucidate how environmental stressors such as rising water temperatures, may alter the homeostasis of reef building corals and their associated symbiont communities. Dipeptides, for example, are metabolites comprised of amino acids, which provide further relevance to investigating nitrogen metabolism in reef-building corals because all amino acids contain nitrogen molecules. We previously demonstrated the correlation between dipeptide accumulation and thermal stress, showing that dipeptides are significantly accumulated as heat stress is prolonged (Williams et al., 2021). To further elucidate nitrogenous exchange, here we used stable isotope tracing with Liquid Chromatography coupled with Mass Spectrometry (LC-MS) to investigate the metabolic fate of NH4+ within holobionts of the Hawaiian corals Montipora capitata, Pocillopora acuta, and Porites compressa, which have differing resistances to thermal stress. (Figures 1A–C) (Bahr et al., 2015; Mackay et al., 2015; Zamboni et al., 2015; Wilkinson, 2016). Due to experimental limitations this present study will not be a rigorous comparative analysis of nitrogen assimilation under heat stress, but nonetheless shows the robustness of nitrogen incorporation into primary and secondary metabolites in several coral species. The entire dataset, which does include a time course under heat stress, is available in our MassIVE data repository under project number MSV000090231.




Figure 1 | Culture and 15N labeling of Hawaiian stony corals. (A–C) Images of Montipora capitata, Pocillopora acuta, and Porites compressa from Kāne’ohe Bay, O’ahu. Photo credit: D. Bhattacharya. (D) Schematic of the experimental design depicting an isotopic incubation of stony corals in filtered seawater supplemented with 100 µM 15N-NH4Cl. (E) Pathway showing the incorporation of ammonia as a nitrogen source into corals. Nitrogen is assimilated from ammonia to α-ketoglutarate to produce glutamate by the enzyme glutamate dehydrogenase (GDH). A further nitrogen atom is incorporated through amination onto glutamate to produce glutamine with the enzymes glutamine synthetase (GS) and/or glutamine oxoglutarate aminotransferase (GOGAT). Glutamate is used as a precursor for the production of many additional amino acids including lysine (Lys), valine (Val), alanine (Ala), and arginine (Arg) through various steps. Glutamate can also be shunted to urea cycle in which ornithine (Orn) and citrulline (Cit) are made (F) Tank temperature trace for M. capitata, P. acuta, and P. compressa samples kept during the experiment conducted at the Hawai’i Institute of Marine Biology. (G) Tank light trace for M. capitata, P. acuta, and P. compressa samples kept during the experiment conducted at the Hawai’i Institute of Marine Biology.





Materials and methods


Coral nubbin cultivation

Three different colonies each of M. capitata, P. acuta, and P. compressa were identified and collected from Kāneʻohe Bay, HI under SAP 2021-41. Colonies were collected in June of 2021 from a depth of 1-2 m and were located within a 25m section of the reef. Each colony was fragmented into 5 cm x 5 cm nubbins at the Hawaiʻi Institute of Marine Biology, located on Moku o Loʻe in Kāne’ohe Bay, Hawai’i, and the nubbins were attached to labeled plugs using hot glue on the skeletal base. The plugged nubbins were then dispersed across six plastic treatment tanks (5.7 liter; 18 cm x 21 cm x 21 cm”, L x W x H), with three tanks (biological replicates) for the ambient temperature condition and three tanks for the high temperature treatment condition. All three species were co-cultured in each tank with analogous sample sets being collected for additional analyses. In total, there were nine nubbins (three of each species) in each tank. Stands for the plugged nubbins were fashioned out of white egg crate and PVC pipe, and were constructed to sit approximately 10cm from the bottom of the tank so that nubbins were fully submerged. The individual treatment tanks sat inside of larger water bath tanks (284 liter; 51 cm x 91 cm, L x W) and were connected to a flow through system with the water supply coming directly from Kāneʻohe Bay. Each individual treatment tank contained a submersible water pump (Hydor Centrifugal Pump 200 gph, Hydor USA Inc., CA, USA). Following nubbin fragmentation, plugging, and disbursement in tanks, they were allowed to acclimate for four days prior to the temperature ramp of the high temperature water bath housing the three individual high temperature tanks. The sample tanks were maintained outside in order to follow a natural diurnal cycle for the duration of the experiment. A shade cloth was used to protect the plugged coral nubbins.



Experimental design

The temperature of the water bath was maintained using two water heaters (Aqueon 300W Heater, WI, USA, set to 31°C) and monitored by the Apex aquarium controller (Neptune Systems, CA, USA) that powered the heaters on or off based on constant set points. Both ambient and high temperature water baths were monitored with an Onset Computer Corp HOBO Water Temp Pro temperature logger (resolution 0.02°C at 25°C; accuracy ±0.21°C from 0°C to 50°C). The average temperature of the ambient water bath was 27.1°C ± 0.55°C and the average temperature of the high water bath was 31.0°C ± 0.50°C. The average temperature of the ambient tanks was 27.2°C ±0.40°C and the average temperature of the high tanks was 28.3°C ± 0.65°C.

The temperature ramp occurred over 24 hours in the high treatment tanks. Individual treatment tank conditions were monitored for temperature (Traceable Digital Thermometer), pH & conductivity/salinity (Orion Star A325 Thermoscientific pH/conductivity meter, accuracy ±0.2 mV or ±0.05% of reading, Thermo Fisher Scientific, MA, USA), and light (MQ-510 Apogee underwater quantum meter model, resolution 0 to 4000 μmol m-2s-1; range 389 to 692 nm ± 5 nm). Readings were taken twice daily in the morning and late afternoon or early evening. On average there was a 2.7°C temperature difference between the high temperature water bath and the individual high temperature sample tanks. The stable isotope labeling incubations were executed following a modified method outlined by Hillyer et al., 2018. After sampling, specimens were added to watertight jars filled with 100 mL of 1 µm filtered seawater (filtered to 20 µm, 10 µm, 5 µm, and 1 µm in series) that was supplemented with 100 µM 15N-NH4Cl (Cambridge Isotope Laboratories, MA, USA). The incubation jars were autoclaved prior to sampling. Labeling incubations lasted for 18 hours and were maintained at experimental temperatures by being sealed and placed alongside the sample tanks within the water baths. Incubation jars were agitated every 4-6 hours. The concentration was chosen to be commensurate with previous studies that utilized nitrogen supplementation in corals (Li et al., 2021).



Coral sampling

In order to study the effect of heat stress on nitrogen assimilation activities, we took three sampling time points (TPs) for 15N incorporation tests in this study. TP1 was taken on June 15th, 2021, TP2 was taken on June 21st, 2021, and TP3 was taken on June 24th, 2021. TP1 corresponds to 24hrs after the high temperature water bath reaching the set-point temperature, TP3 corresponds to the experiment endpoint at 9 days, and TP2 is the midpoint between TP1 and TP3. At each time point, for each treatment, and each tank, 3 technical replicate clippings were taken and incubated together in the same jar, meaning for each species there were 18 clippings per time point. Immediately after clipping, samples were added to prepped jars containing the labeling incubation seawater and then transferred to the water bath. Sampling was started ≈11:00AM so that incubation periods could begin ≈12:00PM. Following isotopic incubation, the clippings were transferred to sterile Whirl-Paks that were immediately submerged in liquid nitrogen and transferred to −80°C to preserve their metabolic integrity until metabolite extraction.



Metabolite extraction from coral nubbins

Metabolite extraction from each technical replicate was done individually. Metabolites were extracted using a protocol optimized for water soluble polar metabolite analysis on LC-MS. The extraction solvent used was a (v/v/v) solution of 40:40:20 (Methanol:Acetonitrile:Water) + 0.1M Formic Acid. The extraction buffer was stored at -20°C prior to usage and immediately preceding the metabolite extraction 1mL added to a glass 2mL Dounce homogenizers that had chilled on ice. Pieces of the preserved nubbins were then clipped, weighed, and added to the cold extraction solvent in the homogenizer and left to incubate for 5 minutes. The pestle of the homogenizer was then used to homogenize the coral tissue until there was a visible accumulation of coral skeleton at the bottom of the homogenizer and the homogenate was visibly pigmented. An additional 500µL aliquot of cold 40:40:20 + 0.1M Formic Acid extraction buffer was then used to rinse down the sides of the Dounce and pestle. The total 1.5mL volume was then strained through a 100µm cell strainer (VWR International) into 50mL receptacle. There should be a visible amount of skeleton collected in the strainer. The rest of the homogenate was then transferred to a 1.5mL Eppendorf tube and vortexed for 10 seconds and then centrifuged for 10 minutes at 16,000g at 4°C. After centrifugation, there will be a pellet at the canonical bottom of the tube. A final 500µL aliquot of the homogenate was then pipetted to a second clean Eppendorf tube, to which 44µL of 15% (m/v) NH4HCO3 was added to neutralize the acid in the buffer. This process generated the final extract that was ready to be loaded to instrument vials for analysis. The extracts were stored at -80°C until processing.



UHPLC chromatography conditions

Hydrophilic Interaction Liquid Chromatography (HILIC) separation was performed on a Vanquish Horizon UHPLC system (Thermo Fisher Scientific, Waltham, MA) with XBridge BEH Amide column (150 mm × 2.1 mm, 2.5 μm particle size, Waters, Milford, MA) using a gradient of solvent A (95%:5% Water:Acetonitrile with 20 mM acetic acid, 40 mM ammonium hydroxide, pH 9.4), and solvent B (20%:80% Water:Acetonitrile with 20 mM acetic acid, 40 mM ammonium hydroxide, pH 9.4). The gradient was 0 min, 100% B; 3 min, 100% B; 3.2 min, 90% B; 6.2 min, 90% B; 6.5 min, 80% B; 10.5 min, 80% B; 10.7 min, 70% B; 13.5 min, 70% B; 13.7 min, 45% B; 16 min, 45% B; 16.5 min, 100% B and 22 min, 100% B. The flow rate was 300 μL/min. Injection volume was 5 μL and column temperature was 25°C. The autosampler temperature was set to 4°C and the injection volume was 5 µL.



Full scan mass spectrometry

The full scan mass spectrometry analysis was performed on a Thermo Q Exactive PLUS with a HESI source which was set to a spray voltage of -2.7kV under negative mode and 3.5kV under positive mode. The sheath, auxiliary, and sweep gas flow rates of 40, 10, and 2 (arbitrary unit) respectively. The capillary temperature was set to 300°C and aux gas heater was 360°C. The S-lens RF level was 45. The m/z scan range was set to 72 to 1000m/z under both positive and negative ionization mode. The AGC target was set to 3e6 and the maximum IT was 200ms. The resolution was set to 70,000.



Data analysis

The metabolite abundance data were obtained from the MS1 full scans using MAVEN (Melamud et al., 2010). Base peaks and labeled fractions were verified with manual peak picking using a mass accuracy window of 5 ppm. The isotope natural abundance were corrected using AccuCor (Su et al., 2017). The statistical significance of metabolite enrichment was determined by a Student’s t test that assumed unequal variance.



Calculated enrichment formula

Mathematically, the expected enrichment of a dipeptide can be calculated using the following generalized formula:

	

In which EAA denotes the enrichment of amino acid AA and nAA denotes the number of nitrogen atoms in amino acid AA.




Results


Heat-stress and light treatments

The goal of this study was two-fold. First, we wished to investigate how ammonium is assimilated to amino acids, nucleotides, urea cycle intermediates, dipeptides, and other nitrogen containing metabolites. Second, we were interested in how heat-stress affects nitrogen assimilation. For the heat-stress treatment, the coral nubbins of each species, from three different colonies were collected and subjected to acute heat stress for 9 days. On day 1 (TP1), day 5 (TP2), and day 9 (TP3) after the temperature ramp up, sample fragments of the nubbins were harvested for stable isotope incubations lasting 18 hours in filtered seawater taken directly from Kāneʻohe Bay that was supplemented with 100 µM 15NH4Cl (Figure 1D). Stable isotope labeling allowed metabolite production to be traced through a metabolic pathway to determine which metabolites incorporate the isotopic tracer, which provides insights into metabolite biosynthesis mechanisms and pathway flux (Figure 1E) (Jang et al., 2018). The samples were subjected to targeted polar metabolite analysis. Because both the symbiont and the host assimilate NH4+, that they can subsequently share, we analyzed the holobiont in toto.

The water bath housing the high temperature tanks was heated to 31°C, whereas the control tank was maintained at ambient temperature. Although the water bath heating did maintain the high treatment tanks at an elevated temperature than the ambient treatment, the temperatures directly subjected to the nubbins were lower than anticipated. The daily recorded temperature difference between the ambient and high treatment tanks was within 1-1.5°C of each other (Figure 1F). In addition, the temperature of the high treatment tanks did not consistently reach above 29°C, which is within the local thermal range of the coral nubbins. Collectively, this resulted in a heat stress that was less significant than intended.

Unexpectedly, the high temperature tanks received lower light compared to the ambient temperature tanks (Figure 1G). As a result, changes to the metabolome observed over the duration of the experiment can be attributed to either the temperature or the light difference. Light is an energy source for the photosynthetic Symbiodiniaceae, therefore, light deprivation impacts the cnidarian host by potentially creating a nutrient limited state that may arrest growth (Forsman et al., 2012; Roth, 2013). This is tantamount to a compounding stress condition extraneous to our intended heat stress. For this reason, this manuscript will solely focus on information derived from the corals kept at ambient temperature during TP1 when the light condition followed a typical diurnal cycle before and after sampling.



15N ammonia integration into metabolites

Tracer incorporation into the metabolome was verified using targeted LC-MS analysis. HILIC chromatography, which is ideal for resolving different polar compounds, allowed us to characterize most nitrogen-containing metabolites (Alpert, 1990). High-resolution mass spectrometry not only allowed us to make more accurate metabolite annotations, but also enabled us to quantitatively evaluate isotope incorporation. When heavier isotope atoms are incorporated into metabolite structures, they result in characteristic mass shifts in the mass spectrum. Using the dipeptide arginine-glutamine (RQ), C11H22N6O4 ([M+H]+ m/z 303.177), as an example, without labeling from a stable isotope tracer, the mass spectrum of this metabolite includes a prominent base peak corresponding to the mass-to-charge ratio (m/z) of the combination of the most abundant isotopes (Figure 2A). There is a second peak to the right of the base peak in the spectrum corresponding to the RQ dipeptide with 1 13C atom (13C1-RQ) due to the natural abundance of this stable isotope. Because the 13C has a natural abundance of 1.01%, RQ, which has 11 C atoms, would have 10.2% being 13C1 on average. Meanwhile, this 13C1 peak shows the Δ mass = (m/z) 1.0034 to the base peak, which is the exact mass difference between a 12C and a 13C atom. When 100µM 15N-NH4Cl is introduced as the tracer, there are noticeable differences in the RQ mass spectrum. The base peak corresponding to the unlabeled RQ 15N0-RQ is still present, and there are an additional six peaks in the spectrum (Figure 2B). Each successive peak corresponds to the mass shift due to an additionally incorporated isotopically labeled nitrogen atom, 15N1, 15N2, 15N3, 15N4, 15N5, and 15N6 respectively, resulting in signal observed at (m/z) = 304.175, 305.171, 306.169, 307.166, 308.163, and 309.160, respectively. Successive mass shift Δ mass = (m/z) 0.997, which corresponds to the Δ mass of 14N and 15N. The 13C1-RQ peak is not observed in this spectrum because the mass resolution is insufficient to distinguish it from the 15N1 peak (Wang et al., 2021).




Figure 2 | Spectra comparison of non-labeled 14N and labeled 15N arginine-glutamine dipeptide. (A) Mass spectral pattern for the dipeptide arginine-glutamine (RQ C11H22N6O4) under 14N conditions. There is a base peak in the spectrum that corresponds to the mass of the RQ dipeptide under positive ionization polarity, m/z = 303.177. A secondary minor peak in the spectra that corresponds to the 13C natural abundance peak, as determined by the Δ mass = 1.0034 to the base peak. (B) Mass spectral pattern for the dipeptide arginine-glutamine (RQ) under stable isotope 15N NH4Cl incubated conditions. There is a base peak in the spectra that corresponds to the mass of the RQ dipeptide under positive ionization polarity, m/z = 303.177. There are six successive peaks in the spectra caused by the mass shifts due to each successive nitrogen atom, as determined by the Δ mass = 0.997 to the base peak and each successive peak.



Targeted data analysis shows that 15N-NH4+ is assimilated into several metabolite classes of primary and secondary metabolism. Most notably, glutamine has the highest labeled fractions (Figures 3A–F). This result is consistent with glutamine being directly synthesized by the NH4+ assimilating enzyme GS. Glutamate and alanine also have higher labeled fractions than the remaining amino acids, suggesting the importance of other NH4+ assimilating transaminases such as ALT/GOGAT and GDH (Reitzer, 2004). The remaining amino acids have relatively low tracer incorporation. This precipitous decrease in detectable labeled fractions of other amino acids suggests that they have low turnover. In addition to amino acids, 15N-NH4+ was also incorporated into purine and pyrimidine nucleotide derivatives and urea cycle metabolites (Figures 3G–K). The urea cycle metabolites ornithine and citrulline, were significantly more labeled than arginine, an amino acid that is also an intermediate in this pathway. The low enrichment in arginine, however, does not suggest that there is an impediment to arginine production in the pathway, Closer analysis shows that although a large fraction of arginine remains unlabeled after 18 hours incubation with 15N-NH4+, the 15N3 and 15N4 labeled arginine fractions were also clearly observed. This observation confirms that there is rapid biosynthesis occurring, yet the labeled fraction is low. Labeling was also observed in some metabolic precursors and their derivatives such as NAD+ and UDP-N-acetyl-glucosamine (Supplementary Data Table). Interestingly, as shown in Figure 2, we also observed robust 15N incorporation into dipeptides (Figures 3L–O). Our previous work demonstrated that dipeptides are a secondary metabolite class that accumulate during heat stress (Williams et al., 2021). Of the four dipeptides previously reported, all were found to be 15N labeled in this study. Results were consistent among all three species of coral included in the study (M. capitata, P. acuta, and P. compressa) and labeled fractions were comparable among all three species tested for the vast majority of metabolites detected, therefore, the discussion of our results will focus on M. capitata as a representative coral species (see supplemental results for all species).




Figure 3 | 15N-NH4+ incorporation in several metabolite classes. (A–F) Labeled fraction stacked bar plots for several amino acid class metabolites. (G–I) Labeled fraction stacked bar plots for several purine and pyrimidine class metabolites. (J, K) Labeled fraction stacked bar plots for several urea cycle class metabolites. (L–O) Labeled fraction stacked bar plots for several dipeptide class metabolites. Plots depict the labeling pattern of three ambient temperature biological replicate tanks for M. capitata, P. acuta, and P.compressa respectively. The fraction number indicates the number of 15N being incorporated. Error bars reflect technical replicate of n=3 for each individual tank sampling.





Dipeptides showed significant 15N enrichment

Although the labeling fraction distribution of individual metabolites can be informative as to whether 15N-NH4+ is incorporated into a given metabolite, it is not informative in a comparative sense of the relative isotopic incorporation between metabolites or metabolite classes. This is because different metabolites have different numbers of total nitrogen atoms that can be labeled, leading to different isotopologue distribution potentials. We, therefore, need a way to compare metabolites while accounting for individual probability of each metabolite having labeling at any one potential nitrogen atomic site. To achieve this goal, we use a metric known as enrichment, which is the average percentage of 15N labeling on per N atom basis. After 18 hours of labeling with 100 µM 15N-NH4Cl, the average enrichment for primary metabolites is 5.2% ± 1.6% (mean ± SD), suggesting that there is a very low turnover rate for the pool of these metabolites in scleractinian corals. In contrast to the results from other primary metabolites, dipeptides are significantly more enriched following incubation, which have an average enrichment of 16.3% ± 4.1% (mean ± SD). These results suggest there is a higher turnover of dipeptide pools.



Dipeptides are more enriched than constitutive amino acids

Dipeptides are synthesized from the condensation of two amino acids. This means that dipeptide enrichment should correspond to the free association of the constitutive amino acids needed to produce them and their respective enrichment patterns. To investigate this issue, we compared the pair-wise dipeptide enrichment to the amino acid enrichment in the same sample. Concerning Arg-Gln in M. capitata, whereas the enrichment of glutamine is close to the enrichment of Arg-Gln dipeptide, the enrichment of arginine is significantly lower than that of the dipeptide (Figures 4A, B). This is, again, likely due to glutamine being a directly produced amino acid following nitrogen assimilation via the GS enzyme. These trends are also seen in the Lys-Gln data, although the overall enrichment is lower for Lys-Gln than Arg-Gln (Figures 4C, D). Arginine is also less enriched than the dipeptide Arg-Ala, and the total enrichment is lower in this dipeptide than Arg-Gln and Lys-Gln respectively (Figure 4E). The constitutive amino acid alanine is more enriched than Arg-Ala (Figure 4F). Arg-Val is the least enriched of the previously reported dipeptides, however, arginine is still generally less enriched than the dipeptide (Figure 4G). Valine enrichment was observed to be higher in all sample pairs than the observed Arg-Val enrichment (Figure 4H). These results suggest that dipeptide enrichment deviates significantly from the enrichment of the constitutive amino acids. Similar conclusions can be reached for P. acuta, and P. compressa (Figures S3, 4A–H).




Figure 4 | Comparison of dipeptide and constitutive amino acid enrichment in M. capitata. (A, B) Comparison of the enrichment of arginine and glutamine to the enrichment of the dipeptide arginine-glutamine. (C, D) Comparison of the enrichment lysine and glutamine to the enrichment of the dipeptide lysine-glutamine. (E, F) Comparison of the enrichment of arginine and alanine to the enrichment of the dipeptide arginine-alanine. (G, H) Comparison of the enrichment of arginine and valine to the enrichment of the dipeptide arginine-valine. Asterisks denote significance at *P <0.05, **P <0.01, ***P <0.001, and NS denotes result is not significant.



The discrepancy between the enrichment of the dipeptides and the enrichment of the constitutive amino acids can be more quantitatively assessed by calculating the theoretical enrichment of the dipeptide given the enrichment of the amino acids. Assuming the constitutive amino acids form the condensation product by free association, the enrichment of the dipeptide is the average of the amino acid enrichments weighted by their nitrogen atom numbers as described by the formula in the methods. In M. capitata the calculated paired sample enrichments of Arg-Gln, Lys-Gln, and Arg-Ala were all lower than the observed dipeptide measurements based on the direct metabolite measurement (Figures 5A–C). The comparison between the calculated and directly measured enrichment of Arg-Val was less robust. There are some sample pairs where the enrichment is higher in the calculated dipeptide (Figure 5D). This is likely due to the overall enrichment in this dipeptide being much lower, particularly in comparison to the remaining reported dipeptides. Calculated dipeptide enrichments values were also lower than experimentally observed enrichments in P. acuta, and P. compressa, demonstrating that this physiological phenomenon is not isolated to a single scleractinian species but is indicative of multiple coral species on the Hawaiian reefs (Figures S5A–D, S6A–C)




Figure 5 | Comparison of calculated dipeptide and experimentally observed dipeptide enrichment in M. capitata. (A) Comparison of the calculated enrichment of arginine-glutamine based on the enrichments of the respective constitutive amino acids to the experimentally measured enrichment of arginine-glutamine pool directly. (B) Comparison of the calculated enrichment of lysine-glutamine based on the enrichments of the respective constitutive amino acids to the experimentally measured enrichment of lysine-glutamine pool directly. (C) Comparison of the calculated enrichment of arginine-alanine based on the enrichments of the respective constitutive amino acids to the experimentally measured enrichment of arginine-alanine pool directly. (D) Comparison of the calculated enrichment of arginine-valine based on the enrichments of the respective constitutive amino acids to the experimentally measured enrichment of arginine-valine pool directly. Asterisks denote significance at *P <0.05, **P <0.01, ***P <0.001, and NS denotes result is not significant.






Discussion

The holobiont is a consortium that is predominantly dependent on the light-driven metabolic output of its algal symbiont community. Variations in light intensity may, therefore, result in significant biochemical differences in holobiont metabolomes. Previous work constructing photosynthesis irradiation curves of M. capitata samples taken from Kāneʻohe Bay and in the immediate waters around the Hawaiʻi Institute of Marine Biology show that the algal photosynthetic light saturation point is 586 ± 108 μmol quanta m−2 s−1 before calcification (growth) is negatively impacted (Langdon and Atkinson, 2005). However, M. capitata is phenotypically plastic and able to adapt its morphology to survive within a variable range of light conditions across Kāneʻohe Bay (Padilla-Gamiño et al., 2013; Innis et al., 2018). The light intensity readings during our complete time course all reflect relatively low light conditions (< 300 μmol quanta m−2 s−1). Given the wide light intensity range that M. capitata colonies experience in the Bay, this is not overly concerning, however, we acknowledge that for a robust analysis of how thermal stress alone impacts nitrogen metabolism that all other parameters should be as uniform as possible under a natural diurnal cycle. For this reason, we have restricted our analysis to the ambient TP1 samples that underwent a normal diurnal cycle of light availability. It is presently unclear how ubiquitously the broad light tolerance associated with M. capitata is exhibited by other scleractinian coral species. Therefore, elucidating how persistently low or high light levels modulate nitrogen metabolism in M. capitata and other species may be meritorious in its own right, as climate conditions continue to change. The experimental parameters of such studies would need to be tightly constrained.

Our work shows that 15N-NH4+ is incorporated into a wide variety of metabolite classes. Use of a stable isotope tracer allowed us to track new metabolite production. The turnover rate of a metabolite pool is determined by two factors, the metabolite production rate and pool size. The balance between these factors partially explains why there is low labeling in the arginine pool. Assuming a homogeneous substrate pool, the downstream product in a metabolic pathway should not have a higher stable isotope enrichment than the upstream metabolite (Buescher et al., 2015; Wang et al., 2020). However, in the urea cycle we observe a relatively high labeling in citrulline, followed by a low labeling in arginine, which returns to a relatively high labeling in ornithine. If the entire pool of arginine undergoes hydrolysis to produce ornithine, we should observe less labeled ornithine. Similarly, if the entire pool of citrulline goes through the urea cycle to become arginine, we should see more labeled arginine. Notably, we did observe 15N3 and 15N4 labeled arginine, suggesting the urea cycle is fully functional in arginine production. However, the large unlabeled fraction of arginine suggests that a large proportion of arginine is not actively turning over. In other words, there is a separate dormant pool of arginine. Dipeptide production, as evidenced by the high labeling, does not appear to be derived from the dormant arginine pool. If they were, the dipeptides would be less enriched. This work shows, however, that the arginine that is incorporated into dipeptides is mostly labeled. This would suggest that within the holobiont, there is a separate and distinct labeled pool that is used for dipeptide synthesis that exists in addition to the stable pool. Due to sample preparation limitations, the mass spectrometer does not distinguish between the dynamic pool of a metabolite in one part of the holobiont and a stable dormant pool in another. Therefore, the measurement is a reflection of the entire metabolite pool irrespective of subcellular compartmentalization (Buescher et al., 2015). A large dormant pool of arginine reduces total enrichment, despite active synthesis of arginine in nitrogen assimilation.

We postulate that dipeptides are rapidly synthesized from condensation reactions of free amino acids by specific ligases. Such reactions and dipeptide products have been studied extensively in mammals. For instance, carnosine, which is a dipeptide of β-alanine and histidine, is synthesized by carnosine synthase, and is found primarily in skeletal muscle and neurological tissues where its accumulation is linked to quenching reactive oxidative stress and neutralizing lactic acid build-up (Bonfanti et al., 1999; Aldini et al., 2005). Kyotorphin, which is a dipeptide of tyrosine and arginine and is produced by kyotorphin synthase, is a neuroactive analgesic metabolite (Takagi et al., 1979; Ueda et al., 1987). We believe such ligases are responsible for the production of stress related dipeptides in corals. The alternative hypothesis would be that these dipeptides are proteolytic products. However, if proteins were the precursors for the dipeptide production observed in this study, it would follow the same tenants of tracer studies attributed to the metabolite pools, which is to say that the protein pool would have to be labeled in excess of the dipeptide pool, which is highly unlikely given that labeling of the protein pool would be slower than the labeling of the metabolite pool. Nonetheless, to say with absolute certainty that the rapid turnover of the dipeptide pool observed in this work is not due to proteolysis, an analogous sample set prepared for proteomics must be analyzed, which is also an area well suited for the LC-MS platform. We, therefore, focused on considering the results of this work from the perspective that dipeptide synthesis is the result of amino acids conjoining, meaning that the dipeptide enrichment should be explained from the observed amino acid enrichment. We investigated this by examining the enrichment. To understand if dipeptide production is directly attributed to amino acid production, the pair-wise enrichment of dipeptides was compared to the enrichment in the constitutive amino acids that would be used to make the dipeptide. Here we concluded that the dipeptides are more enriched than can be explained by the random association of amino acids and, therefore, there must be a distinct biosynthetic mechanism for their production.

If the enrichment of dipeptides cannot be attributed to proteolysis or solely to amino acid enrichment, then another mechanism must explain the observed rapid synthesis of holobiont dipeptides. Our results implicate sequestration of nitrogen assimilation in corals. Although dipeptides and individual amino acids are both reliant on nitrogen sources for their biosynthesis, these metabolite pools are distinct within holobiont compartments (Figure 6). The data also suggest that there is rapid and concerted dipeptide biosynthesis of secondary metabolites shortly after the assimilation of free nitrogen into the holobiont. We postulate that, although both the coral animal host and the Symbiodiniaceae have the enzymatic machinery to assimilate nitrogen into the holobiont, the bulk of this activity occurs within Symbiodiniaceae and is powered by light energy. The Symbiodiniaceae is likely also where amino acids are rapidly incorporated into a dipeptide pool before they are shunted to the coral animal host with the remaining photosynthate products. Dipeptides have been implicated in the oxidative stress response in murine models (Nagasawa et al., 2001; Rezzani et al., 2019). It has been proposed that nitrogen restriction allows the coral host to control the algal symbiont growth and proliferation (Pupier et al., 2021; Cui et al., 2022). It is possible that rapid synthesis of amino acids into dipeptides allows Symbiodiniaceae to diminish bioavailability of nitrogen to reduce the potential influence of host nitrogen mediated control. This may also help explain the confounding phenomenon of differences in bleaching susceptibility among Symbiodiniaceae clades (Silverstein et al., 2015; González-Pech et al., 2021; Matsuda et al., 2021). More resilient symbiont clades may have an increased ability to mediate host nitrogen restriction via nitrogen sequestration into dipeptides. Investigating the biological significance of rapid dipeptide production, the broader role dipeptides play with respect to bleaching, and how nitrogen metabolism is altered under stress conditions are areas of ongoing research. In future studies, we will extend our use of stable isotope tracing to investigate how environmental stressors, such as heat and high light conditions, alter homeostatic holobiont nitrogen metabolism by using more controlled bleaching experiments. This will be coupled to matrix-assisted laser desorption ionization (MALDI) imaging mass spectrometry to determine the spatial distribution of metabolites that incorporate nitrogen within the holobiont to further understand nitrogen cycling and holobiont metabolite exchange (Wang et al., 2022). Greater understanding of how the microbial community and the host adapt their nitrogen assimilation mechanisms in response to stressors may be a crucial component of improving our understanding of overall reef resilience in the field.




Figure 6 | Proposed schematic of the mechanism for nitrogen assimilation in scleractinian corals. The schematic proposes the ways major nitrogen sources are incorporated in the coral holobiont. Glutamate dehydrogenase (GDH), glutamine synthetase (GS), and glutamine oxoglutarate aminotransferase (GOGAT) enzymes needed for nitrogen incorporation are found in both the host coral animal and the Symbiodiniaceae, but are likely less active in the host organism than in the Symbiodiniaceae. These enzymes produce glutamine and glutamate as precursors for the production of the remaining downstream amino acids. There is a rapid and dynamic incorporation of amino acids into dipeptide products immediately after production before they are assimilated into the more stable amino acid pools.
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Behavioral responses are considered sensitive and effective indicators of organism stress. As the demand for standardized coral toxicity tests grows, innovative tools that allow for automatic and quantitative measurements of these behaviors may complement ecotoxicological studies. The rapid growth of competitive marine algae in aquaculture systems is a major issue for generating coral spat for reef restoration, and the application of non-toxic antifouling (AF) coatings might effectively mitigate this issue. While these coatings do not appear to be toxic to sensitive coral larvae, their potential to affect larval mobility has not been tested. In this context, we tested the effect of three recently-developed and potentially non-toxic AF coatings: (i) antiadhesive, (ii) cerium dioxide (CeO2-x) nanoparticle, and (iii) encapsulated biocide dichlorooctylisothiazolinone (DCOIT) on the swimming velocity and activity of Acropora millepora coral larvae for potential use in reef-restoration activities. The behavior of 32 coral larvae per AF treatment were recorded, each for 25 min, in a self-constructed dark box with two camera recording sets in parallel. The tracking analysis was performed with the software Noldus EthoVision XT. The mean larval swimming velocity on control tiles of 93.1 ± 5.6 mm min-1 (and activity of 62.8 ± 5.2%) was nearly 2-fold faster (higher) than on the antiadhesive, (CeO2-x) nanoparticle and DCOIT coatings, respectively. Larvae exposed to the DCOIT-coated tiles remained almost stationary. Although the underlying cause and consequence of these results require further investigation, tracking of coral larval swimming behavior was identified as a reliable and feasible method for assessing potential non-lethal responses to AF coatings. As changes in behavior could have significant consequences for larval survival and settlement, they are important endpoints to consider, and the quantification of behavioral responses may be a meaningful and sensitive tool. Therefore, we recommend the use of behavioral studies for coral larval assessments in ecotoxicology as a valuable endpoint. For methodological standardization and implementation, our study also features a detailed guide for video-processing and track analysis of A. millepora coral larvae in EthoVision.
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1 Introduction

Tropical coral reefs are under increasing pressure (Gardner et al., 2003; Bruno and Selig, 2007; De’Ath et al., 2012) from climate change as well as increased human activities in coastal areas (Hughes et al., 2010; Pandolfi et al., 2011; Hughes et al., 2017). While heat stress events can cause a rapid decline in coral cover (Cornwall et al., 2021), local impacts to coral reefs can exacerbate coral mortality through multi-stressor events. For instance, antifoulant releases following ship groundings have resulted in some of the most contaminated coral reefs, with TBT (tributyltin) and Cu (copper) being highly potent inhibitors of coral larval settlement and survival, both of which are key processes in reef recovery (Negri et al., 2002). Therefore, the development of safe, non-toxic AF coatings could reduce persistent harm following such accidents.

Coral health and survival can also be affected by competition with other benthic organisms (Hughes et al., 2007; Vermeij and Sandin, 2008; Vermeij et al., 2009), including macroalgae, which can be favored by excess nutrients (Karcher et al., 2020; (Adam et al., 2021). The interaction between corals and fouling organisms, particularly filamentous algae can be detrimental to larval settlement and to the survival and growth of coral recruits and the success of adult corals (Carpenter and Edmunds, 2006; Box and Mumby, 2007; Linares et al., 2012). Competition between rapidly growing algae and newly settled corals in aquaculture represents a problem for coral restoration projects, where maximizing the survival of corals is critical to the feasibility of upscaling restoration towards ecologically meaningful outcomes (Randall et al., 2020). Non-toxic AF applications may prove beneficial for improving survival in coral aquaculture and restoration, an approach being developed to boost reef recovery. The application of a wax AF coating on coral settlement devices to control the benthic community composition around newly settled corals (i.e. ‘spat’) was found to reduce mortality (Tebben et al., 2014), which could increase the likelihood of coral survival to size-escape thresholds and consequently improve the success of sexual coral-propagation techniques (Randall et al., 2020). A recent study also demonstrated the effectiveness of two non-toxic AF coatings (same coatings as in this study) to reduce algal growth on coral settlement surfaces, a first step towards controlling fine-scale competition with benthic organisms in coral aquaculture (Roepke et al., 2022). While these AF coatings did not affect coral larval settlement, further work is required to assess their potential influence on other aspects of larval behavior such as mobility which might represent a sensitive response relevant to the application of AF coatings for shipping and in aquaculture.

Innovative non-toxic AF coatings include silicon-based sol-gel coatings which exhibit antiadhesive surface properties (herein referred to as antiadhesive coating) that prevent the attachment of fouling organisms and facilitate their release at high water velocities. The antiadhesive effect is achieved through low surface energies (with weak molecular attraction), amphiphilic properties (both hydrophilic and hydrophobic properties) and a precisely tuned surface roughness designed to inhibit primary fouling (Detty et al., 2014). Some studies have shown effective AF properties of the biocide dichlorooctylisothiazolinone (DCOIT, Kathon 930, C-9 or DCOI) encapsulated in silica nanocapsules (in this study referred to as DCOIT coating), which decreases the toxicity towards organisms (Maia et al., 2015; Dos Santos et al., 2020). Other recently developed non-biocidal AFs are based on nanoparticles (NPs), which disrupt bacterial cell-to-cell communication (i.e. quorum sensing) to inhibit the formation of biofilms (herein referred to as nanoparticle coating) and mitigate or delay colonization by algae (Korschelt et al., 2018b). One example includes cerium (Ce3+/Ce4+)-modified sites across the high surface area of NPs, which enhance the catalytic oxidation of halides, resulting in the formation of biocidal compounds that combat biofilm formation or the formation of signaling molecules involved in intracellular communication (Herget et al., 2017a; Korschelt et al., 2018a; Herget et al., 2018).

Studies on potential coral stressors and the effects of toxicants have garnered interest in the scientific and public community in recent years as the awareness of threats to tropical coral reef health increases. Over two decades ago, copper toxicity was tested for its inhibitory effect on coral gamete fertilization and larvae settlement (Reichelt-Brushett and Harrison, 2000; Negri and Heyward, 2001). Since then, assays have been used to identify toxicity thresholds for petroleum (Nordborg et al., 2018), AF paint (Negri et al., 2002), pesticides (Ross et al., 2015), and most recently, sunscreens and UV filters (Miller et al., 2021; Moeller et al., 2021; Pawlowski et al., 2021; Miller et al., 2022). However, toxicity assays often differ in methodology and experimental responses or endpoints among studies. For example, some studies have used lethal concentrations (i.e. Kwok and Ang, 2013), while other studies report sublethal endpoints including gene expression biomarkers of heat stress (Louis et al., 2017; Ishibashi et al., 2018), oxidative stress (Cima et al., 2013; Olsen et al., 2013; Marangoni et al., 2019), phototoxicity (Overmans et al., 2018), symbiont density (Cunning and Baker, 2013), bleaching response (Siebeck et al., 2006), and growth (Wijgerde et al., 2020). Standardized tests would enable the validation of coral-toxicity data related to different compounds or pathogens that are known or suspected to negatively affect individual coral species or coral ecosystems. Furthermore, robust and standardized tests, as suggested by a recent study on coral larval settlement and survival responses to UV filters (Miller et al., 2022), could help to predict biochemical, physiological and behavioral tolerance thresholds in corals (Marangoni et al., 2019; Parkinson et al., 2019) and therefore substantially improve risk assessments and help guide coral restoration efforts.

Behavioral changes that exceed the normal range of functional responses including locomotion, habitat selection, feeding, predator avoidance, competition and reproduction, have the potential to reduce fitness and survival of individuals and populations (Bridges, 1997). Behavioral end-points in aquatic ecotoxicology are characterized by short response times, high sensitivity, and are usually non-invasive, allowing for repeated measurements and time-dependent data collection (Gerhardt, 2007). For example, reductions in swimming and feeding behavior can be more sensitive than biochemical or whole organism responses (Harayashiki et al., 2016; Harayashiki et al., 2018). These endpoints may be the first detectable responses of an organism to environmental perturbations, suggesting that they could be highly valuable early indicators of stress (Reichelt-Brushett and Harrison, 2004; Bertram et al., 2022). Yet, behavioral ecotoxicology has received less attention due to a lack of user-friendly tools for quantitative data acquisition (Faimali et al., 2017). As a result, little is known about behavioral stress responses in cnidarians (Ianna et al., 2020), and most studies to date have been based on tedious manual analysis of observational data such as manually tracing swimming pathways and image analysis (Reichelt-Brushett and Harrison, 2004; Kwok and Ang, 2013; Antonio-Martínez et al., 2020; Ianna et al., 2020). Some more advanced approaches have been applied to tracking coral larvae movement including the reconstruction from film using Matlab Image Processing toolbox (Martínez-Quintana et al. (2015)). However, the recent development of inexpensive and more widely available technology has recently renewed interest in quantifying behavior and investigating relationships between behavioral and physiological activities in aquatic organisms (Faimali et al., 2017). The application of more user-friendly automatic image acquisition systems should improve the speed and reliability of accurately measuring and quantifying behavioral end-points for application in ecotoxicology (Kane et al., 2005; Bertram et al., 2022).

The software EthoVision XT (Noldus Information Technology) has been used in many aquatic behavioral studies, especially with zebrafish larvae (Groneberg et al., 2015; Tudorache et al., 2015; Thia et al., 2020). In this study, EthoVision XT was used for the first time to assess the behavior of coral larvae, including the quantification of swimming activity and velocity, in response to three recently-developed and potentially non-toxic AF coatings (antiadhesive, cerium dioxide nanoparticles, and encapsulated DCOIT). Our objectives were to (1) explore the swimming behavior of the coral larvae in response to the AF coating treatments, and (2) test the feasibility of the experimental setup, including its adaptation for coral larvae, with the software EthoVision XT. This behavioral study aimed to contribute to the suite of sub-lethal ecotoxicological protocols available to identify more universal and sensitive responses to environmental challenges for coral larvae.



2 Materials and methods


2.1 AF coating manufacturing

Three different AF coating variants were prepared on 4 x 4 cm poly (methyl methacrylate) (PMMA) tiles, a common material used in aquaculture: (i) antiadhesive coating, (ii) DCOIT coating, and (iii) CeO2 nanoparticle coating. To achieve good coating application, all tiles were cleaned by rinsing with ethanol followed by a surface activation using microwave plasma (Creaetch 250 Plasma MV, working pressure 10 Pa in air, activation time 2.5 min., Creavac GmbH), prior to coating. PMMA was selected as an inert and transparent substrate to allow tracking of larvae, having the advantage over glass of better AF adhesion.


2.1.1 Antiadhesive coating

At low surface energies in the range of 20-25 mN/m, organisms usually form poor attachments to the surface, so removal by incident flow is often possible (Detty et al., 2014). To generate low surface energy coatings, a SiO2 coating solution (‘sol’) based on modified silicon alcoholates was prepared following the work of Sokolova et al. (2012) and Detty et al. (2014). For sol preparation, 0.675 g n-octadecyl-trimethoxysilane (CAS 3069-42-9, abcr GmbH, Karlsruhe, Germany), 3.675 g tridecafluoro-1,1,2,2-tetrahydrooctyltriethoxysilane (CAS 51851-37-7, abcr GmbH, Karlsruhe, Germany), 22.4 g n-octyltriethoxysilane (CAS 2943-75-1, abcr GmbH, Karlsruhe, Germany), and 18.75 g tetraethylorthosilicate (TEOS, CAS 78-10-4 abcr GmbH, Karlsruhe) were mixed with 59.5 mL of ethanol and 11.4 mL of HCl (0.1 M) and stirred for 24 h at room temperature for hydrolysis and sol formation. Coatings were applied by dip-coating, dried under ambient conditions and then cured at 100°C for one hour. The final coating on the PMMA tiles was as translucent as the control tiles without any coating.



2.1.2 DCOIT coating

Hydrophobic pyrogenic silicic acid powder (0.1 g) was mixed with a solution of 0.5 g of dichlorooctylisothiazolinone (DCOIT; C11H17Cl2NOS; TCI America; CAS RN 64359-81-5; product number D4157) in 2 mL of ethanol. The mixture was then left overnight to evaporate the ethanol. Two different sols were used in sequence to deposit the DCOIT loaded-silicic-acid powder on the PMMA tiles. First, 20 mL of a hydrophilic sol made from TEOS and 3-glycidyloxypropyl-triethoxysilane (9 mL TEOS, 1 mL 3-glycidyloxypropyl-triethoxysilane, 60 mL H2O and 30 mL 0.01M HCl) were intensively mixed by sonication (UP100H, Hielscher Ultrasonics GmbH, Teltow, Germany) with 0.1 g of the DCOIT loaded powder. The mixture was applied to the PMMA tiles by dip-coating, dried and solidified by annealing at 100°C for one hour. To achieve slower DCOIT release from the coatings, a second layer using a hydrophobic sol (as described in 2.1.1.) was applied on top. As for the primary coating, 0.1 g DCOIT loaded powder was mixed with 20 mL of the hydrophobic sol shortly before coating. To estimate the extractable DCOIT content from the coating, ethanol was used for extraction. Photometrically, a DCOIT content of 3.2 mg cm-2 was measured. The final coating was similarly translucent to the control and antiadhesive coated tiles.



2.1.3 CeO2 nanoparticle coating

Cerium oxide nanoparticles (NPs) were manufactured according to Ji et al. (2012) and the ‘Supporting Information’ in Herget et al. (2017b). In short, 100 mL of a 9.0 M NaOH solution was poured into 20 mL of a rapidly stirred 0.05 M solution of cerium(III) nitrate hexahydrate. After stirring for 30 min, the suspension was transferred into a stainless steel autoclave with a Teflon insert and heated to 100°C for 24 hours. The lilac product was separated from the turbid suspension by centrifugation (3000 rpm, 10 min) and washed two times with MilliQ-water. After drying at 60°C overnight, the resulting yellow product was ground in a vibrating ball mill for two minutes at 30 rpm. The milling yielded agglomerates of the size< 20 µm. Before adding the cerium oxide powder to the coating solutions, the powder was dispersed in water and a pH of about 7.5 was adjusted. Coatings were prepared using two different sols. Coating solution 1: 100 mL TEOS, 420 mL ethanol (96%) and 20 mL 0.01 M HCl were mixed and stirred overnight at room temperature for hydrolysis. An acidic silica nanosol with a solids content of about 6 wt% was formed. Coating solution 2: 75g TEOS, 25 g 3-glycidyloxypropyl-triethoxysilane, 420 mL ethanol (96%) and 20 mL 0.01 M HCl were mixed and stirred overnight at room temperature for hydrolysis. The solids content of the sol was also about 6 wt.%. The PMMA tiles were coated 3 times. 1st coat: dip coating of the tiles by using a mixture of 1 g cerium oxide powder dispersed within 30 mL of coating solution 1. 2nd and 3rd coat: coating application by felt using 1 g cerium oxide dispersed within 30 mL of coating solution 2. The combination of an initial dip coating using a SiO2-sol with cerium oxide and the subsequent overcoats using an epoxy-modified sol with cerium oxide gave good adhesion and uniformity of the coatings. Test coatings showed a coating weight of 0.9 mg cm-2. The amount of ceria NPs in the coatings solutions was 35.7 wt%. In total, approximately 0.32 mg of ceria NPs were embedded per cm2. The final coating on the tiles was slightly opaque compared with the other coatings and control.




2.2 Coral collection and larval husbandry

Gravid colonies (25–40 cm diameter) of the scleractinian coral Acropora millepora (Ehrenberg, 1834) were collected from Falcon Island (18° 45.796’S 146° 31.926’E; 2 m depth) in November 2019 under permit G12/35236.1, issued by the Great Barrier Reef Marine Park Authority to the Australian Institute of Marine Science (AIMS). Colonies were transported to the National Sea Simulator (SeaSim) at AIMS and maintained at ambient temperature in outdoor 1700 L flow-through holding tanks until spawning. On 15th November 2019, spawning occurred and the coral gametes from eight A. millepora parental colonies were collected and fertilized en masse. Symbiont-free larval cultures were maintained at densities < 500 larvae per L, indoors, in flow-through rearing tanks supplied with 0.4 μm filtered natural seawater at 27.0 ± 0.5°C (as described in Negri and Heyward, 2000; Nordborg et al., 2018). Flow-through seawater (1.5 turnovers per day) and an air stone ring at the base of each tank provided saturating aeration and created a gentle curtain of bubbles to keep larvae away from a submerged cylindrical mesh filter (100 µm) at the outflow. The average water quality parameters during larval culture were (range): pH 8.06 (8.01-8.13), salinity 35.9 (35.4-36.4), NH4 0.19 (0.13-0.27) µmol/L, PO4 0.08 (0.06-0.11) µmol/L, NO3 1.80 (1.25-2.93) µmol/L, SiO2 2.91 (2.44-4.31) µmol/L, alkalinity 2291 (2267-2321) µmol/Kg and dissolved inorganic carbon 2010 (1984-2052) µmol/Kg. Each day, a sub-sample of larvae in the rearing tanks was tested for settlement competency on 3D-printed polylactic acid (PLA) discs. 13 days after fertilization, larvae were found competent to settle and the experiment commenced. Immediately prior to each filming session (total of 8 sessions on the same day), new larvae from the same batch and rearing tank were collected.



2.3 Filming setup

To investigate the effects of the AF coatings on larval behavior, coral larvae were filmed while moving freely on top of AF coated (antiadhesive, nanoparticle, DCOIT) and uncoated (control) PMMA tiles (approx. 4 x 4 cm) in a laboratory experiment. Prior to the experiment, all tiles were rinsed with fresh 1-μm filtered natural seawater to avoid any particle contamination on the surfaces. Silicone sealing rings with an inner diameter of 15 mm were then placed on top of the PMMA tiles and filled with fresh 650 μL of 1-μm filtered natural seawater, creating small “pools” that kept the larvae on the tiles above the AF coatings (Figure 1). The silicone rings self-sealed against the PMMA tiles. Room temperature was kept at 28.5°C which maintained water temperature in the pools at a stable 27.0°C throughout the experiment. Two silicone rings, each holding a single 13-day-old larva, were placed on each tile. Shortly prior to each filming session, larvae were gently pipetted into the previously filled pools with as little excess water from the pipette. Four tiles, one for each treatment, were arranged to be filmed at the same time by one camera (Figure 1; Olympus TG-5). Each filming session included two sets of 4 tiles (1 tile per treatment), each filmed by a single camera. This totaled two cameras and 8 tiles per session (and 2 tiles per treatment per session) (Figure 2). Tiles were coated on both sides and each side was used in a single trial (16 tiles per treatment). By conducting eight filming sessions of 28 minutes each, the tracks of 32 larvae were recorded for each treatment. After each filming session, silicone rings were rinsed with filtered seawater and applied on top of new tiles from the same treatment. New larvae from the rearing tank were introduced to fresh filtered seawater in each test. To prevent light reflections on the water surface and to increase the contrast between the larvae and the background for filming, the translucent tiles were placed inside a dark box on top of a light table. The light table was made from translucent white diffusive plastic and was lit from below by two LED light bars (ARLEC Model UC450, 4W, Cool White), providing equal lighting for all tiles (Figure 2). To provide an even surface for the tiles, a thick (2 cm) transparent PMMA block was placed on top of the light table. Both cameras were placed at an equal distance above the tiles (top-down view) and optical camera zoom was used to frame the tiles in the videos, ensuring no distortion around the edges. Recordings of both cameras were started simultaneously. The cameras were set to record at a resolution of 1920x1080 pixels (1080p/Full HD) and 25 frames per second. The recordings stopped automatically after 28 minutes when a file size of about four gigabytes was reached (limit of FAT32 formatted SD cards).




Figure 1 | Tile setup beneath one camera. Actual image (A) of one tile setup (here: DCOIT tile). Schematic diagram (B) with coral larvae (a), silicone sealing ring (b), PMMA tile (c).






Figure 2 | Filming setup including both cameras (a), light bars (b), light table (c), PMMA block (d), both tile setups (e) and the dark box (f). The 4 tile colors notionally represent tiles of each of the 4 treatment types (control, DCOIT, antiadhesive, and nanoparticle).





2.4 Video processing and data analysis in EthoVision XT

The video editing program XMedia Recode (version 3.4.8.3) (Dörfler, 2019) was used for post-production of the video files. The first two and the last one minute of each video were cut to acquire clips with a duration of 25 minutes. This procedure ensured a steady video quality by eliminating possible effects from camera handling and allowed the larvae a couple minutes of acclimation. Based on literature (Faimali et al., 2017), and given the lack of information for coral larval swimming video-tracking analyses, 25 minutes of behavior observations was selected, allowing substantial observation durations and multiple tests with larvae of the same age. Before track-analysis, the video files were post-processed to enhance the contrast between the larvae and the background (see Supplementary Manual on GitHub for details). Subsequently, videos were converted from the original format (.mov) to .avi video-container-format for further application in the tracking software. EthoVision® XT (version 10.1.856; Noldus, Wageningen, Netherlands; Spink et al., 2001) was used to analyze larval behavior. The software generated data (every tenth of a second for each individual larva) of the distance moved (in mm) and the swimming activity (moving/not moving). “Minimal distance moved” in the EthoVision software’s “Track Smoothing Profiles” tab was set to record track changes only when the larvae moved more than 0.25 mm (direct distance; see Supplementary Manual on GitHub). The velocity of each larva while moving was calculated by dividing the total distance a larva travelled by the duration of time spent moving during the trial (as measured by EthoVision). The threshold velocity of the larvae considered “moving” was set to 0.033 mm s-1 (~1.98 mm min-1), whereas the threshold for “not moving” was a velocity below 0.02 mm s-1 (~1.21 mm min-1). If a larva travelled more than 1.98 mm min-1 initially, but lost speed below this threshold, “moving” was still detected. Below 1.21 mm min-1, however, no movement was measured. These settings suppressed noise by ensuring recordings of actual larval movements and minimizing “jitter of detail” video effects, that could have biased the data.

All acquired tracks were checked, and where necessary, corrected manually to ensure high data accuracy (see Supplementary Manual on GitHub here: https://github.com/drefeld/CoralLarvaeTracking.git). EthoVision XT created result summaries of the trial statistics (raw data for the calculation of the velocity while moving) and group statistics, which were transferred to Microsoft Excel 2019.



2.5 Statistical analysis

All statistical analyses were performed in R version 4.1.1 (R Core Team, 2021) and the data were manipulated and visualized using packages of the ‘tidyverse’ (Wickham et al., 2019) and ‘car’ (Fox and Weisberg, 2019). To investigate differences in larval swimming velocity and activity amongst the AF treatments, linear mixed effects models (LMM) were fitted using the package ‘nlme’ (Pinheiro et al., 2021).

Swimming velocity while moving  , and swimming activity (time moving (in percent)) were used as response variables. The swimming activity was log-transformed (after adding a small constant), and the swimming velocity was square-root transformed to stabilize heteroscedasticity in the residuals. Treatment was always included as the sole fixed effect. Weights were adjusted to allow for unequal variances among treatments.

The filming “session” was used as a proxy for time of day and included in each model as a random effect to account for possible variation due to diurnal patterns of larval behavior. Likelihood-ratio tests between the LMMs with “session” and baseline generalized least squares (GLS) models without random effects revealed that including the variable “session” significantly improved model performance in all cases (p< 0.05). Adding the “position” of the rings on the coated tiles (inner/outer corner of tile) as a random effect did not significantly improve model fit and was therefore omitted from all models.

Restricted maximum likelihood (REML) estimation was used for all models and statistical significance of the treatment effect was assessed using the ‘anova’ function included in ‘nlme’ (Pinheiro et al., 2021). The model was diagnosed and the satisfaction of model assumptions was checked using standard R model diagnostic plots with normalized residuals. Pairwise post-hoc tests based on estimated marginal means were run with the package ‘emmeans’ (Lenth, 2021) to find differences between each treatment pair. The p-value was adjusted for multiple testing with the Tukey method. Tests were performed on the log-/sqrt-scale and back-transformed for visualization. (Figures 3, 4). An RMarkdown (.Rmd) script that shows the analysis of the track data in RStudio, can be downloaded online on GitHub: https://github.com/drefeld/CoralLarvaeTracking.git.




Figure 3 | Average larval swimming velocity (mm min-1) in each treatment and control (n = 32 larvae per treatment). Numbers below bars indicate mean velocity ± SE in the corresponding treatment. Error bars represent SEM. Asterisks indicate statistically significant differences based on pairwise post-hoc tests with estimated marginal means (Supplementary Tables 1, 3; *p< 0.05, **p< 0.01, ***p< 0.001).






Figure 4 | Average larval swimming activity (moving/not moving; in %) in each treatment and control (n=32), as indicated by the percentages (rounded) in the bars. Asterisks indicate statistically significant differences based on pairwise post-hoc tests with estimated marginal means (Supplementary Tables 2, 4; *p< 0.05, **p< 0.01, ***p< 0.001).






3 Results


3.1 Swimming velocity

Larval swimming velocity differed among AF treatments (LMM: χ2(3) = 94.7, p< 0.001). With a mean velocity of 93.1 ± 5.6 mm min-1 (mean ± SE; Table 1), A. millepora larvae moved significantly faster on the control tiles than on all the AF tiles: larvae on the antiadhesive-coated tiles averaged 58 ± 5 mm min-1 (p< 0.001), while the nanoparticle-coated tiles averaged 48.1 ± 3.8 mm min-1 (p< 0.001) and the DCOIT-coated tiles averaged 37.7 ± 1.5 mm min-1 (p< 0.001). Larval swimming velocity did not differ between the antiadhesive-coated and nanoparticle-coated tiles (p = 0.278). Velocity was lower on the DCOIT-coated tiles than on the antiadhesive- (p< 0.001) and nanoparticle-coated tiles (p = 0.034) (Figure 3; Table 1). Pairwise statistical results of swimming velocity data can be viewed in the Supplementary Table 3.


Table 1 | Mean swimming velocity (mm min-1) and activity (%; moving) ± SE (standard error), velocity ranges (mm min-1; min. – max.) and mean distance travelled (mm) ± SE of Acropora millepora larvae per treatment (Control, Nanoparticles, Antiadhesive, DCOIT) on the coated PMMA tiles.





3.2 Swimming activity

Larval activity (time spent moving vs. not moving) also significantly differed among AF treatments (LMM: χ2(3) = 285.43, p< 0.001), and followed a similar pattern to swimming velocity. The larvae on the control tiles spent the majority of their time swimming (moving) (62.8 ± 5.2% (mean ± SE); Table 1), and moved significantly more than on the antiadhesive-coated tiles (22.9 ± 5.2%; p< 0.001), the nanoparticle-coated tiles (14.1 ± 3.4%; p< 0.001) and the DCOIT-coated tiles (p< 0.001) (Figure 4; Table 1). On the DCOIT-coated tiles, larvae were predominantly still, moving an average of only 1.5 ± 0.4% of the trial duration (Table 1). Pairwise statistical results of swimming activity data are available in the Supplementary Table 4.




4 Discussion

The effects of innovative AF coatings on marine species, especially corals, have been rarely evaluated since their introduction after 2008, when TBT was globally prohibited (Dafforn et al., 2011). Here, three coatings with reportedly high AF efficacy and low potential toxicity (Detty et al., 2014; Maia et al., 2015; Herget et al., 2017a) were tested on the swimming activity and velocity of Acropora millepora coral larvae. In all three antifouling treatments, larvae moved significantly slower and in general less often than in the control treatment. As the methodology of track-analysis with the software EthoVision XT is well-established for other aquatic organisms (i.e. zebrafish and amphipods), it was an additional goal to test the reliability and feasibility of this method with coral larvae. A comprehensive guide for video-processing and analysis is provided (see Supplementary Manual on GitHub (https://github.com/drefeld/CoralLarvaeTracking.git)). Our results document the potential of this method to identify behavioral effects in coral larvae, although the underlying cause of the changes to swimming behavior requires further investigation.

Like planulae of most coral species (Harrison and Wallace, 1990), A. millepora larvae are very active swimmers and exhibited typical straight, curved and spiraled swimming patterns with peridic stopping on the PMMA. The significantly higher motility of the larvae in the control treatment could be explained by the relatively smooth PMMA surface properties, which likely provided a featureless environment for the larvae who were consequently less likely to stop and explore; these smooth tiles did not offer any potentially attractive cues for settlement, nor was there any microtopography available. Therefore, larvae maintained ‘normal’ or ‘typical’ swimming and searching behavior in the absence of chemical and physical settlement cues. In this context, the high motility observed in the control could be considered ‘normal’ and indicative of active larval swimming, in the absence of settlement cues. It was not possible for the technique to distinguish between slow swimming and ‘crawling’ behavior. Crawling, which implies a slow swimming speed behavior with random swimming stops in between would have been tracked as “not moving” once the velocity of the larva was below 1.21 mm min-1 (to eliminate jitter/noise). However, if a larvae travelled slowly or crawled for a substantial period, this would be captured in the mean velocity metric and activity data of the larvae in the treatments. Future studies could test for changes to normal swimming behavior in response to AF treatments on other biologically inert materials.


4.1 Effects of the coatings on swimming behavior

By contrast, all the AF treatments tested caused a reduction in swimming speed and larval activity in comparison to the PMMA control tiles. In the absence of an inductive cue, reduced motility could be explained by either toxic action of the antifoulant ingredient (DCOIT, CeO2), other biochemical interactions of the coatings with the larvae, or characteristics of the AF coating surface properties that confuse larval behavior, resulting in cessation of searching, or both (Negri et al., 2002), either of which could ultimately result in recruitment failure. However, further research is needed to characterize ‘normal’ behavior in the presence of settlement cues, which would also likely reduce swimming speed and activity, as the larvae probe the substrate, attach and metamorphose (Randall et al., 2020). Indeed, this expected reduction in swimming activity in response to settlement cues could be similar to the swimming speeds and activity seen in some AF treatments. Therefore, normal swimming behavior on different materials in the presence and absence of settlement cues requires further characterization.

The antiadhesive coating showed a much milder effect on the motility of the larvae than the DCOIT-coating. Sol-gel does not contain a biocide, so the inhibition of swimming is likely to be physical, and the reduced motility of the larvae compared with the control could be a result of different surface properties. This coating type is characterized by an amphiphilic surface with both hydrophilic and hydrophobic properties and interferes with fouling in multiple ways. For example, diatoms bind through hydrophilic proteins, while barnacles bind through hydrophobic adhesive proteins (Finlay et al., 2010); hence, amphiphilic coatings can either reduce or amplify bioadhesion and protein adsorption (Detty et al., 2014). Reduced motility of the A. millepora larvae may have been due to recognition of surface properties attractive for settlement (although no attachment or metamorphosis occurred in the short timeframe of the assays), or unlikely and unknown toxic effects of the sol-gel coating onto the larvae. Any disadvantageous surface properties of the coating and any unlikely potential for toxicity should be investigated further by assessing the survival of recruits on, and adjacent to, the sol-gel.

The rationale behind the encapsulation of DCOIT in the coating is the reduction of direct biocidal interactions with coating components, the control of leaching rate, and thus, a decrease in the absolute quantity of biocide needed to prepare a formulation with identical AF efficacy. Ultimately, the lifetime of the coating is increased and potential environmental threats are reduced (Maia et al., 2012; Maia et al., 2015; Martins et al., 2017; Gutner-Hoch et al., 2018; Figueiredo et al., 2020). However, the strong effect of this treatment on larval behavior indicates that this coating may cause stress, although the mechanism underpinning this behavioral change is unknown. Future studies could address the potential toxicity of this coating with different biocide concentrations (incl. EC50 values) on physiological parameters (e.g. respiration) coupled with biochemical markers (e.g. enzymatic oxidative stress). When a toxicant is present, it requires energy to metabolize and counteract, which could take energy away from other functions. In order to reduce energy expenditure, a larva may reduce its swimming velocity and overall activity, and try to settle and metamorphose into a recruit as soon as possible (Kwok et al., 2016). However, DCOIT can also damage cellular structures and functions as it diffuses easily through membranes and cell walls and can also cause a blockage of the antioxidant defense system, leading to oxidative stress (Eom et al., 2019). Campos et al. (2022) found oxidative stress, lipid peroxidation, damaged lysosomal membranes and increased histopathological pathologies in the neotropical oyster Crassostrea brasiliana in response to DCOIT at environmentally relevant concentrations. Negative effects of DCOIT in bivalves (Fonseca et al., 2020), including decreased activity of GST (glutathione S-transferase), SOD (superoxide dismutase) and CAT (catalase) in the gills and digestive gland have also been reported (da Silva et al., 2021). To date, very few studies have assessed the effects of encapsulated DCOIT in tropical marine species (Dos Santos et al., 2020; de Campos et al., 2022). Only one study by Ferreira et al. (2021) compared the effects of free (non-integrated in a coating) and encapsulated DCOIT on a soft coral, Sarcophyton glaucum. The authors found reduced toxicity of encapsulated DCOIT on the coral fragments compared with free DCOIT, as measured by coral polyp retraction, reduced photosynthetic efficacy and the elevated production of oxidative-stress markers (Ferreira et al., 2021). Relative to the negative control, encapsulated DCOIT still caused some toxicity. The extreme and significant reduction of A. millepora larval motility (velocity and activity) observed here is most likely driven by the DCOIT’s toxicity, rather than the surface roughness. Ultimately, a potential consequence of substantially reduced velocity and activity could be a reduction in larval dispersal and the disruption of the coral’s life cycle by limiting a larva’s ability to seek a suitable habitat for settlement. This toxicity-based hypothesis could be tested with control experiments, in which larvae have no direct contact with the coating, and experiments that test the same surface coating (texture and composition) but without DCOIT incorporation.

The CeO2 nanoparticle’s antifouling property is created by the enzymatic activity of the nanoparticles which catalyze the oxidation of halides in presence of hydrogen peroxide (H2O2) to hypohalous acids which can subsequently react to halogenated organic compounds. Hypohalous acids combat biofilm formation through their biocidal activity or by disrupting the formation of signaling molecules involved in intracellular communication (Herget et al., 2017a; Herget et al., 2018). In our study, the significant reduction of velocity and activity due to the nanoparticle-coated PMMA, reveals an effect of either the amphiphilic surface properties of the sol-gel coating (as suggested for the antiadhesive coating), the surface structure/porosity with incorporated CeO2 nanoparticles (NPs), the oxidative properties of the nanoparticles, or some combination thereof. The effects of CeO2 nanoparticles have not been previously tested on corals; however, recent research suggests that other nanoparticles used in cosmetics can have negative effects. For example, Tang et al. (2017) found ZnO nanoparticles (common in sunscreens) to affect lipid profiles in Seriatopora caliendrum through glycerophosphocholine (GPC) profiling and concluded a mechanical disturbance due to the presence of ZnO nanoparticles. Corinaldesi et al. (2018) reported that uncoated ZnO nanoparticles induced severe coral bleaching, while two coated forms of TiO2 nanoparticles had no negative effect on Acropora spp. over a 48h exposure. Another study (Fel et al., 2019), found a negative impact of ZnO on the photosystem II of the algal symbionts (the functionality was reduced by 38% compared to the controls). However, as only a few studies are available, and methodologies differ, and assumptions and hypotheses need to be further evaluated, these results should be treated cautiously (Mitchelmore et al., 2021; Moeller et al., 2021; Miller et al., 2022).

We tested the catalytic activity of the NPs in their unconsolidated form and assumed their activity in the coating would still be present. Thus, the exact catalytic activity of the coating remains unclear and conclusions concerning its effect on larval motility require validation. We recommend testing the activity of NPs prior to incorporating them into the coating in future experiments to disentangle whether the chemical effect of the NPs plays a role. However, nothing is known of the effects or the mechanism of action of CeO2 nanoparticles on corals. Our study also did not include an inert particle/surface control (for the encapsulated DCOIT particles and CeO2 nanoparticles) and observed effects are therefore difficult to attribute to either physical coating effects or chemical effects.

In addition to our identification of two efficient antifouling coatings with robust levels of coral settlement in Roepke et al. (2022), we propose future studies on settlement, survival and growth on these antifouling coatings, as well as behavioral studies and measures of biochemical markers in response to these coatings. Approaches to settle larvae directly onto restoration deployment substrates adjacent to, or surrounded by these coatings, may offer protection against overgrowth by algae.



4.2 The application of EthoVision for coral larval tracking

Compared with past studies of coral larval swimming behavior (Faimali et al., 2017), EthoVision XT provides useful and user-friendly tools to quantify behavior. An important consideration in adopting this software package, however, is the license cost, and alternative freeware applications, such as trackR (Garnier), pathtrackr in R (Harmer and Thomas, 2019) or idtracker.ai in Python (Romero-Ferrero et al., 2019) may also be suitable and warrant testing. A comparison of these methodologies could identify the most affordable and promising video-tracking methodology for standardization with coral larvae. EthoVision is able to process longer videos, without the need to subsample files or investigate still images, providing a more holistic representation of the observed behavior. Here, “session” as a random factor was found to improve model performance, which suggests that diurnal patterns of the larvae could have affected the measurements. Therefore, we recommend several recording setups in parallel to cover high replicate measurements during small time intervals. While it requires time to troubleshoot and correct the tracking parameters for each video file, the program allows for high throughput, complex data collection and reproducibility. Therefore, EthoVision XT and other similar programs should be considered to complement existing physiological studies and expand the field of behavioral ecotoxicology in marine organisms. With software options that allow diverse experimental setups for different species, automated tracking could represent a powerful tool to detect early signs of stress, providing scientists with standardized techniques for application across taxa to identify “universal responses” to environmental challenges. We recommend the use of cameras with fast loading rechargeable batteries to ensure a steady, smooth recording process. Also, cameras with AC energy supplies and parallel recording mode could be even more suitable than those used here. Finally, tethered recordings that feed to direct computer storage could also speed-up recording and analysis processes.




5 Conclusions and future considerations

Results from our behavioral ecotoxicological study of Acropora millepora larvae show that all antifoulant treatments significantly affected the swimming velocity and activity of larvae, albeit to a different degree. By reducing the swimming velocity and activity of the larvae to almost zero, the DCOIT treatment showed the strongest effect. The swimming velocities and activities of larvae exposed to the antiadhesive- and nanoparticle-coated tiles were similar, and were clearly reduced compared to the control. The results suggest three alternative interpretations of the coatings’ effect on larval motility: the physical surface topographies of the coatings could have caused the larvae to move more slowly, the antifouling treatments interacted biochemically with the larvae, or the coatings had a potentially toxic effect on the larvae, or some combination of the effects. Before these coatings are applied in coral aquaculture or restoration, further information on their antifouling efficacy and effects on settlement (Roepke et al., 2022), survival and growth are necessary. Moreover, it is suggested to test the chemical stability and AF activity duration of the coatings on different materials over different time scales, under ex situ and in situ conditions, and on different coral species and developmental stages (gametes, early and late larvae, spat, recruits, adults).

The sensitivity of automated behavioral data collection was demonstrated with this movement tracking method and setup and we recommend its application in future studies. Our study encompasses a guided manual for the use of the software EthoVision with coral larvae, providing scientists with a powerful tool to detect the first indication of stress in early coral life stages. The method can be used to provide a benchmark for larval behavior under normal conditions, and to rapidly and reliably quantify deviations in swimming behavior due to chemical or physical challenges. Moreover, swimming velocity and activity represent ecologically relevant parameters to assess effects of contaminants at environmental concentrations that do not cause mortality. The results should be verified by more studies on the same antifouling coatings with particle controls, as well as other environmentally relevant toxic compounds, and across coral species.
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Coral reef sessile organisms inhabiting cryptic spaces and cavities of the reef matrix perform vital and varied functional roles but are often understudied in comparison to those on exposed surfaces. Here, we assess the composition of cryptobenthic taxa from three remote tropical reef sites (Central Indian Ocean) alongside a suite of in situ environmental parameters to determine if, or how, significant patterns of diversity are shaped by local abiotic factors. To achieve this, we carried out a point-count analysis of autonomous reef monitoring structure (ARMS) plate images and employed in situ instrumentation to recover long-term (12 months) profiles of flow velocity, wave heights, temperature, dissolved oxygen, and salinity, and short-term (3 weeks) profiles of light and pH. We recovered distinct environmental profiles between sampling sites and observed that ocean-facing reefs experienced frequent but short-lived cooling internal wave events and that these were key in shaping in situ temperature variability. By comparing temperature and wave height profiles recovered using in situ loggers with ex situ models, we discovered that global satellite products either failed to recover site-specific profiles or both over- and underestimated actual in situ conditions. We found that site choice and recruitment plate face (top or bottom) significantly impacted the percentage cover of bryozoans, gastropods, soft and calcified tube worms, as well as crustose coralline algae (CCA) and fleshy red, brown, and green encrusting macroalgae on ARMS. We observed significant correlations between the abundance of bryozoans, CCA, and colonial tunicates with lower mean temperature and higher mean dissolved oxygen profiles observed across sites. Red and brown encrusting macroalgae abundance correlated significantly with medium-to-high flow velocities and wave height profiles, as well as higher pH and dissolved oxygen. This study provides the first insight into cryptobenthic communities in the Chagos Archipelago marine-protected area and adds to our limited understanding of tropical reef sessile communities and their associations with environmental parameters in this region. With climate change accelerating the decline of reef ecosystems, integrating analyses of cryptobenthic organisms and in situ physicochemical factors are needed to understand how reef communities, if any, may withstand the impacts of climate change.
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1 Introduction

Reef ecological studies often focus on the cover and composition of hard corals and fish species, but a large portion of diversity lies within benthic communities hidden in reef cryptic spaces (Klumpp et al., 1988; Appeltans et al., 2012; Leray and Knowlton, 2016). Scleractinian coral reefs are structurally diverse, with live and dead coral colonies forming a complex matrix of exposed surfaces and hidden cavities upon which many reef organisms rely. The surface area of hidden reef cavities significantly exceeds that of the exposed reef benthos, at times by a factor of eight (Scheffers et al., 2010), and can harbour highly diverse communities of sessile organisms including sponges, ascidians, bivalve molluscs, macroalgae, and annelids (Meesters et al., 1991; Richter et al., 2001). Many of these organisms are seldom seen on exposed reef surfaces, and the overall benthic biomass of these cryptic spaces is key for the cycling of nutrients and bacteria in tropical reef ecosystems (Scheffers et al., 2010; Pawlik and McMurray, 2020). These cavity communities and the environmental factors that influence their composition must therefore be considered when studying the functional outputs of coral reefs (de Goeij and Van Duyl, 2007; Kornder et al., 2021).

Our understanding of hidden sessile communities has advanced using genetic approaches, such as metabarcoding, in recent years (Vicente et al., 2021; Nichols et al., 2022). However, metabarcoding pipelines employing primers that target universal genetic regions have inherent sampling and amplification bias that currently limit our ability to quantify the abundance of taxonomic groups across marine benthic communities (van der Loos and Nijland, 2021). Image analysis has been a popular tool for estimating benthic cover, diversity, and recruitment success within cryptic cavities and surfaces of coral reefs (Scheffers et al., 2003; Scheffers et al., 2010; Kornder et al., 2021). Whilst molecular approaches such as metabarcoding can yield detailed information on the diversity of cryptobenthic organisms on autonomous reef monitoring structures (ARMS) (Pearman et al., 2018), image analysis enables researchers to estimate the percentage cover of individual taxa, therefore providing information on relative abundances on visible surfaces. In turn, such information can be used to study successional changes (Higgins et al., 2019) or estimate biovolume and biomass when images are converted to 3D photogrammetric modes (Kornder et al., 2021).

However, benthic organisms living in cryptic reef crevices are hard to access and photograph in situ, and thus, it is often challenging to study them without the risk of destroying or displacing the local reef matrix. ARMS were created to provide a standardised tool to both photograph and sample sessile and mobile reef cryptofauna for downstream image and genetic analysis (Zimmerman and Martin, 2004). These artificial devices are composed of stacked polyvinyl chloride (PVC) recruitment plates and have recently become a popular and successful way of studying cryptic reef invertebrates and their associated microbiomes (Al-Rshaidat et al., 2016; Pennesi and Danovaro, 2017; Carvalho et al., 2019; Pearman et al., 2019; Timmers et al., 2020; Cahyani, 2021; Steyaert et al., 2022). The standardised format of ARMS, along with widely available sampling and analysis protocols (Leray and Knowlton, 2015; Ransome et al., 2017), ensures that reef communities sampled across sites and regions can be compared using genetic or image-analysis methods (David et al., 2019; Obst et al., 2020; Pearman et al., 2020). Whilst a PVC material can bias the recruitment of benthic reef taxa (Mallela et al., 2017), and the short gaps between ARMS plates likely reduce predation/grazing pressure, the use of artificial recruitment devices such as ARMS is preferable to destructive sampling of the local reef matrix.

Abiotic factors such as water chemistry, wave exposure, currents, and tides have powerful influences on the shape, composition, and distribution of coral reef communities across multiple spatial scales (Gove et al., 2015; Steiner et al., 2018; Davis et al., 2021). Parameters such as temperature and light availability in part determine the recruitment success, calcification, and growth rate of benthic organisms, whilst dissolved oxygen and pH are intrinsically linked to metabolic productivity across reef systems. Climate change threats to coral reef ecosystems include warming and ocean acidification, both of which are predicted to significantly degrade coral reefs around the globe in the coming decades (IPCC, 2022). Field and lab-based studies have focused on the response of individual non-coral sessile groups to changes in temperature and pH, including sponges (Bell et al., 2018), ascidians (Peck et al., 2015), crustose coralline algae (CCA) (Kroeker et al., 2013; Cornwall et al., 2020), bryozoans (Pecquet et al., 2017), soft corals (Lopes et al., 2018), and fleshy encrusting macroalgae (Diaz-Pulido and Barrón, 2020; Ho et al., 2021). With newly developed methods furthering our ability to record in situ biogeochemical fluxes across benthic reef communities (Roth et al., 2019), studies are now needed to determine how cryptobenthic communities as a whole respond to combined stressors.

Physical factors such as current velocity and wave forcing are also important for shaping the structure of coral reefs (Lange et al., 2021), but benthic reef communities have been shown to have non-linear threshold responses to changes in these parameters (Gove et al., 2015). Our understanding of the combined effect of physical and environmental factors on whole sessile communities within cryptic reef cavities is limited (but see Scheffers et al., 2010 and Timmers et al., 2021). Recent ARMS studies looking at cryptobenthic diversity across environmental gradients have used remote sensing data sourced from satellites and publicly available geographic information system (GIS) rasters (Pearman et al., 2018; Pearman et al., 2019; Pearman et al., 2020). Findings from these studies suggest that sea surface temperature (SST) is a key driver of bacterial communities (Pearman et al., 2019) and that a wide range of SST values negatively correlates with eukaryotic species richness (Pearman et al., 2020). Others could not determine whether spatial effects, determined by a lack of connectivity due to distance between sampling sites, or environmental conditions had an impact on ARMS sessile communities (David et al., 2019).

Indeed, global real-time products such as SST, altimetry-derived ocean currents, and modelled wave profiles are widely available and utilised to study large-scale trends across marine systems or as a substitute for in situ measurements when these are unavailable. However, the geographical resolution of satellite-based products is often coarse (one to tens of kilometres), and sea surface temperature products typically have longer temporal resolution than in situ loggers (Hu et al., 2021). In addition, there is often a disconnect between satellite microwave-based “skin” temperatures and actual water temperatures observed across several to tens of metres below the surface, due to the presence of vertical gradients and stratification (Pan et al., 2017). Internal wave events, which are characterised by intrusions of often cooler subsurface waters onto coral reefs, may be missed when relying on remote sensing models. For example, Colin and Johnston (2020), who compiled two decades of in situ temperature measurements from over 70 sites around the Republic of Palau, found that satellite-derived SST (sSST) was not able to capture an accurate picture of thermal variability on coral reefs due to the presence of internal waves. Internal waves are thought to be vital for bleaching mitigation (Safaie et al., 2018; Reid et al., 2019) and have been shown to reduce cumulative heat exposure by up to 88% on reefs across the Pacific during the 2015–2016 El Niño (Wyatt et al., 2020). On the other hand, when co-occurring with acidifying conditions, upwelling events can significantly increase reef bioerosion (Wizemann et al., 2018). The impact of internal waves and upwelling events on coral, kelp fish, and marine vertebrates has been studied and discussed (Lesser et al., 2009; DeCarlo et al., 2021), but to our knowledge, not with respect to whole cryptobenthic reef communities.

Uninhabited, protected, and remote shallow coral reefs are rare, but provide a unique opportunity to study the relationship between environmental factors and benthic communities free from anthropogenic stressors such as overfishing, seabed dredging, sound/chemical pollution, or coastal development, which have been shown to fundamentally alter the relationship between biological and physical factors on reefs (Williams et al., 2015). The Chagos Archipelago is a remote system of atolls located at the heart of the Indian Ocean, which has been uninhabited since the 1970s following the forced removal of local inhabitants. The archipelago is now part of a large no-take marine-protected area (MPA), and whilst the protection of these islands has been shown to benefit current populations of fish, turtles, and seabirds (Hays et al., 2020), shallow coral reefs across atolls have experienced bleaching events driven by climate change (Sheppard et al., 2017; Head et al., 2019; Lange and Perry, 2019). A recent review of climate change impacts on the Chagos Archipelago MPA highlights the urgent need for continuous monitoring of coral reef communities and local environmental variables across atolls (Koldewey et al., 2021). To our knowledge, no studies have investigated whole cryptobenthic communities from the reefs of the Central Indian Ocean, and few studies have investigated particular groups of cryptobenthic invertebrates from the Chagos Archipelago MPA (Head et al., 2018; Head et al., 2018; Hays et al., 2020).

Here, we present the first analysis of sessile cryptobenthic diversity and in situ environmental parameters for three shallow reef sites across the Chagos Archipelago MPA. We (1) use in situ measurements of abiotic factors including temperature, oxygen, light, pH, salinity, wave heights, and flow velocity to explore differences in environmental profiles between sites; (2) compare the percentage cover and composition of invertebrate communities using ARMS devices; and (3) investigate how environmental factors correlate with observed abundances of cryptobenthic taxa across reefs. Additionally, we (4) compare in situ measurements of temperature and wave exposure to remote sensing data, to evaluate how representative these products are of local conditions. Overall, this study aims to advance our knowledge of cryptobenthic reef ecology in this understudied region by co-presenting and integrating analyses across fields of reef ecology, biogeochemistry, and physics.



2 Materials and methods


2.1 Study sites

Sampling sites (n=3) were distributed across two atolls of the Chagos Archipelago marine-protected area (MPA): one on the ocean-facing side of Moresby Island (Peros Banhos atoll), one on the ocean-facing side of Ile Anglaise (Salomon atoll), and another on the lagoonal side of Ile du Coin (Peros Banhos atoll) (Figure 1; Supplementary Table S1). For each site, benthic communities were sampled using triplicate autonomous reef monitoring structures (ARMS) and environmental parameters including temperature, salinity, dissolved oxygen, wave heights, depth, flow velocity, and photosynthetically active radiation (PAR) were recorded using in situ instrumentation (Figure 1).




Figure 1 | Maps displaying the location of (A) sampling sites across Peros Banhos and Salomon atolls in the Chagos Archipelago marine-protected area (MPA), (B) autonomous reef monitoring structures (ARMS) and environmental instruments at Ile Anglaise, (C) ARMS and environmental instruments at Ile du Coin, and (D) ARMS and environmental instruments at Moresby Island. (E) ARMS devices and environmental instruments at Ile Anglaise in 2018 following deployment and (F) ARMS devices and instruments at the same site in 2019.





2.2 Deployment, recovery, and processing of environmental data

Long-term environmental parameters were recorded at each site between 2018 and 2020, although recordings were asynchronous at times (Supplementary Table S3). The temperature was measured using an SBE56 temperature sensor (Sea-Bird Scientific, 30-s resolution) and an SBE37-SM/SMP MicroCAT (Sea-Bird Scientific, 10-min resolution). Flow velocity was measured using an Acoustic Doppler Profiler (1-MHz ADP; Nortek, 30-min resolution) in Ile Anglaise and an Acoustic Doppler Current P—filer (1200-KHz ADCP; RD Instruments, 20-min resolution) in Ile du Coin and Moresby. Dissolved oxygen (DO) was measured by miniDOT [PrecisionMeasurement Engineering (PME), 5–10–min resolution]. Salinity was measured by SBE37-SM/SMP MicroCAT (Sea-Bird Scientific, 10-min resolution), and pressure (waves) was measured by RBR Virtuoso (Ruskin, 1-Hz resolution) in Ile Anglaise and an RBR solo (Ruskin, 1 Hz) in Ile du Coin and Moresby. Long-term temperature, salinity, and dissolved oxygen measurements were taken directly adjacent to ARMS across all three sites (Figure 1). Flow velocity and wave heights were taken adjacent to ARMS at Ile Anglaise but were measured 500 to 700 m away from ARMS in Ile du Coin and Moresby (Figure 1). Additional details of individual instruments, deployment timelines, and calibration parameters recording these long-term variables can be found in Supplementary Table S4.

Leading up to the retrieval of ARMS in March 2019, short-term deployments (2 to 3 weeks) of the aforementioned parameters, along with pH and photosynthetic active radiation (PAR), were also conducted at each site. pH was recorded by SeaFET V2 pH logger (Sea-Bird Scientific, 10-s resolution) in Ile Anglaise and by SeapHOx V2 CTD-pH logger (Sea-Bird Scientific, 30-s resolution) at Ile du Coin and Moresby (Supplementary Table S5). Both instruments have an accuracy of 0.05 pH units and a precision of 0.004 units and were calibrated using collected discrete water samples at each site. PAR was measured by miniPAR [Precision Measurement Engineering (PME), 1-min resolution]. Short-term measurements were taken adjacent to ARMS at Ile Anglaise but were taken 500 to 700 m from ARMS for Ile du Coin and Moresby (Figure 1). Additional details of individual instruments, deployment timelines, and calibration parameters recording these short-term variables can be found in Supplementary Table S5.

Following Wyatt et al. (2020), the temperature time series was separated into high- and low-frequency signals, using the inertial frequency at −5.5° south as the cutoff, and temperature perturbations at higher frequencies are attributed to internal waves (IW). To determine the contribution of internal waves to overall temperature profiles, a time series was created where the internal wave signal is removed for Ile Anglaise and Moresby, labelled “Internal waves removed.”



2.3 Satellite-derived sea surface temperature and modelled wave data

In situ data for wave heights and temperature were compared to NOAA’s (National Oceanic and Atmospheric Administration) WaveWatch III wave model (WAVEWATCH III Development Group, 2016) and NOAA’s (National Oceanic and Atmospheric Administration) Coral Reef Watch (CRW)  (Liu et al., 2008) temperature observations for our three study sites. WaveWatch III (WWIII) simulates global wave characteristics at varying scales, and the available resolution around the Chagos Archipelago is to a 0.5°, equivalent to approximately 55 km. CRW provides daily sSST on a 5-km grid. In situ observations were compared to the WWIII output of significant wave height combining wind and swell, produced every 3 h. WWIII model output and daily sSST were available for the duration of in situ deployments of wave height and temperature loggers.



2.4 Deployment, recovery, and processing of autonomous reef monitoring structures

A total of nine ARMS were deployed across the three sampling sites in March 2018 at depths ranging from 5.9 to 9.3 m. Triplicate ARMS were collected from each site in March 2019 (n = 9). The use of triplicate units per sampling site, instead of duplicates, has been previously recommended in a study of ARMS communities from the Red Sea, as it was shown to significantly improve statistical power in the analysis of recruitment plate images (David et al., 2019). Each ARMS device is composed of nine square PVC plates (22.5 cm × 22.5 cm) stacked atop each other and attached to one larger base plate (35 cm × 45 cm). Between each plate are a series of alternating “open” and “closed” gaps created using round nylon spacers or long and short PVC cross spacers, thus creating multiple microhabitats. Each ARMS has a total of 17 colonisable plate “faces,” referring to either the top (T) or bottom (B) side of each square plate (Supplementary Figure S1).

ARMS were retrieved on scuba and immediately submerged in a bin filled with filtered seawater and aquatic bubblers to maintain sessile communities. Each plate was carefully taken apart from the ARMS units by removing steel bolts, washers, and PVC crossbars, and each top and bottom plate face was photographed. For each face, a series of six close-up photographs were captured using a Nikon D810 camera (105-mm macro lens), then stitched together in Adobe Photoshop Lightroom Classic (version 9.2.1) to produce a single high-resolution image. Following photography, sessile communities were immediately subsampled and homogenised for downstream genetic analysis, the results from which are not presented in this study. All ARMS were processed and photographed on board an expedition vessel.

All final high-resolution plate images were exported in JPEG format with an image size of 6,000 × 6,000 pixels (240 pixels/in.). Labels of images contain the ARMS number, followed by the plate number (1 to 9 from top to lower plate) and the plate face (T or B). For instance, ARMS3_1B refers to the bottom side (B) of the uppermost plate (1) of the third ARMS device. Plate 9B lies flush with the base attachment plate and therefore, is not available for benthic recruitment.



2.5 Photo analyses of autonomous reef monitoring structures

The benthic composition of 139 ARMS plate images was analysed using CoralNet, an open-source cloud-based image-analysis website (coralnet.ucsd.edu). Five plate images from Ile Anglaise were missing from our dataset, and to focus our analysis on communities within cryptic reef spaces, we did not analyse the top plate (plate 1T) on each of the nine ARMS, as it is the only plate face that is fully exposed and has been shown to harbour significantly different communities than other ARMS microhabitats (David et al., 2019). A list of identification groups based on NOAA’s Coral Reef Ecosystem Program’s (CREP) protocol was created to reflect the major taxonomic groups found in sessile tropical reef communities (Supplementary Table S2). A total of 225 annotation points were randomly generated on each ARMS plate image within a 15-row × 15-column grid format (one point randomly placed per cell). Identifications were made manually, and images were analysed in a randomised order across ARMS and sites.



2.6 Statistical analyses

One-way analysis of variance (ANOVA) tests were performed on individual long-term (in situ temperature, DO, flow velocity, and wave heights) and short-term (pH, salinity) environmental parameters between sampling sites, using the “rstatix” package (Kassambra, 2021). For each environmental parameter, 1,000 data points were randomly chosen for each site across overlapping instrument deployment periods. For each subset dataset, assumptions of data normality across sampling sites were checked by plotting model residuals and computing a Shapiro–Wilk test, and assumptions of homogeneity of variances were checked by plotting residual versus fitted plots. Only daytime values of PAR were retained and compared between sites. Post-hoc Tukey’s tests were then used to perform pairwise comparison between sites. Plots summarising average diel cycles were then created for each parameter found to have significant differences in mean values across sites. The correlation between flow velocity and wave heights, as well as pH and DO, were investigated separately using Pearson’s correlation analysis.

Live percentage cover was calculated as the percentage of counts assigned to live sessile taxonomic groups out of all counts observed on available space (i.e., excluding “unavailable” counts, which are characterised by any point falling outside of an ARMS plate or onto portions of plates obstructed by washers or crossbars). This was done to standardise the abundance of individual taxa between “open” and “closed” plate faces, as the latter has fewer counts on available space due to the presence of PVC crossbars during deployment. The mean values of the percentage cover of live sessile organisms were calculated for each site and across top/bottom plate faces. All plots of ARMS data were created using either the package “ggplot2” v3.3.5 (Wickham, 2016) or basic R plotting tools (R Core Team, 2022).

A series of univariate generalised linear models (GLMs) were used to investigate the relationship between live sessile percentage cover (%) with sites and plate faces, using the R package “MASS” v7.7.3.54 (Venables and Ripley, 2002). Percentage cover was transformed to proportional values (between 0 and 1) prior to running GLMs, and a quasi-binomial distribution was chosen to account for observed underdispersion (Gelman and Hill, 2006). Post-hoc Tukey’s tests were used to determine significant patterns amongst explanatory variables.

Overall, community similarity between sites and plate faces was visualised using a non-metric multidimensional scaling (NMDS) approach using the R package “vegan” v2.5.7 (Oksanen et al., 2013), using Bray–Curtis distances. The distance matrix was created using the counts of sessile groups, except for groups “Hydrocorals” and “Corallimorphs,” which were removed due to either low (n = 2 for hydrocorals) or no counts (n = 0 for corallimorphs). Top plate counts and bottom plate counts were merged for each ARMS device. Multivariate generalised linear modelling (GLM) was then used to determine the relationship between benthic group abundances and explanatory variables (plate face and site), using the manyglm function in the “mvabund” package (Wang et al., 2012), which uses row resampling to ensure correlations between taxa groups are taken into account when making community-wide and group-specific inferences. This method was used as a strong mean–variance relationship was observed across this study’s benthic dataset (see Warton et al., 2012). Multivariate models with and without an interaction between the plate face and sites were computed, and the former was found to provide a better fit based on AIC Akaike Information Criterion values. A negative binomial distribution also provided a good model fit in a residual analysis and was therefore used to account for the overdispersion observed in our count dataset. Analyses of deviance were undertaken on multivariate and univariate model outputs using the anova.manyglm function, with a default PIT Probability Integral Transform-trap resampling parameter.

A distance-based redundancy ordination analysis (dbRDA) was used to determine the contribution of environmental parameters to the structure of ARMS cryptobenthic communities observed across sites, using Bray–Curtis distances with the capscale function in the “vegan” package v2.5.7 (Oksanen et al., 2013). The number of site replicates in this study limited our ability to simultaneously model the effect of all environmental variables with diversity patterns observed in our ARMS dataset, and therefore, we conducted individual dbRDAs on mean (i) in situ and ex situ temperature, (ii) pH and oxygen, and (iii) velocity and wave height. Ex situ wave values were not included in this analysis as the WaveWatch III model was unable to determine wave profiles between the Ile du Coin and Moresby sites. PAR and salinity were also not included in this analysis, as no difference was observed in the PAR profiles across sites and the significant profiles in salinity observed between sites were determined not to be biologically significant. ANOVA-like permutation-based tests were carried out to test the significance of each full model using the permutest function. The significance of individual explanatory variables within each model was also tested using the anova.cca function. Ordination plots were then used to visualise modelled relationships between environmental factors and benthic communities for each model.

The multipatt function in the package “indicspecies” v1.7.9 (Cáceres and Legendre, 2009) was then used to determine the extent of correlation between sessile taxonomic groups and environmental parameters. Following our findings from the analysis of our environmental dataset (one-way ANOVAs and average diel plots), we categorised each site, or groups of sites, into regimes based on relatively significant differences observed between sites (Figure 2, see Sec. 2. Materials and methods). For flow velocity, we categorised Moresby as having a “high” regime, Ile Anglaise as “medium,” and Coin as a “low” regime. For wave heights, Moresby was categorised as a high regime, Ile Anglaise as medium, and Ile du Coin as low. For in situ temperature, Ile du Coin was categorised as a high regime, and both Ile Anglaise and Moresby as low. For DO, Ile du Coin was categorised as low whilst both Ile Anglaise and Moresby were categorised as high. For pH, Ile du Coin was categorised as low, Moresby as medium, and Ile Anglaise as high. Finally, for PAR, we grouped Ile du Coin and Ile Anglaise sites together and categorised them as low, and categorised Moresby as high. This analysis was run on top and bottom plate face communities separately, and only results from taxa whose abundance was previously found to be significantly affected by plate face and site choice by multivariate GLMs were retained. The function parameter “r.g” was chosen to account for unequal group size (for the site) and to determine point biserial correlation coefficients.




Figure 2 | Average diel cycle plots for (A) flow velocity, (B) root-mean-square wave height, (C) in situ temperature, (D) photosynthetically active radiation (PAR), (E) salinity, (F) dissolved oxygen (DO), (G) pH, and, and boxplots displaying values across subset datasets for each parameter, along with corresponding one-way ANOVA test results [including F-statistic with degrees of freedom, p-value, and effect size (generalised eta squared (ng2)].






3 Results


3.1 Environmental parameters


3.1.1 Tides, wave heights, and flow velocities

Tides were semidiurnal, and all sites had a similar tidal range of approximately 1 m (Supplementary Figures S2, 3). Limited wave forcing was observed in Ile du Coin, with root-mean-square wave heights (Hrms) varying between 0.07 and 0.57 m, and average (± sd) values of 0.23 (± 0.09) m across March–November 2019 (Figure 2; Supplementary Figure S2). In contrast, Ile Anglaise and Moresby reefs consistently experienced larger waves with root-mean-square wave heights of up to 1.40 and 1.33 m, respectively. On average, Moresby showed the highest average wave heights (0.35 ± 0.15 m), followed by Ile Anglaise (0.27 ± 0.16 m). Overall, average root-mean-square wave height values were significantly different between sites (ANOVA, F = 142.81, p-value < 0.001), but site choice accounted for only ~10% of the variance observed across this dataset (ng2 = 0.09).

Flow velocities were lower and less variable in the lagoonal reef (1.9 ± 1.0 cm/s; mean ± SD) compared to Moresby (10.1 ± 7.2 cm/s) and Ile Anglaise (11.6 ± 6.9 cm/s), over an annual period (Supplementary Figure S2). The mean flow velocities were also found to significantly differ between all three sites (ANOVA, F = 78.14, p-value < 0.001), and the site accounted for over a third of the variance observed (ng2 = 0.34) (Figure 2). A low positive correlation between flow and velocity was found in Ile du Coin (Pearson’s coefficient = 0.215, p-value < 0.05) and Moresby (0.059, p-value < 0.05), whilst no correlation was observed between parameters in Ile Anglaise (0.003, p-value > 0.05) over overlapping instrument deployments.



3.1.2 Temperature

The in situ temperature profiles of the three sites were successfully recovered across April 2018 to January 2019 and March to April 2019 (Supplementary Figure S2). For all three sites, the maximum monthly mean (MMM) was 29.3°C. The average temperature (mean ± SD) in both ocean-facing reefs was similar (28.51°C ± 0.60 for Ile Anglaise, 28.57°C ± 0.58 for Moresby), with the lowest temperature recorded in Ile Anglaise (24.74°C on 15 October 2018). On average, the temperature was significantly higher in the lagoon-facing reef than in other sites (29.40°C ± 0.94) (ANOVA, F = 9.72, p-value < 0.001) (Figure 2), and the maximum temperature (30.98°C) was recorded there on 1 April 2019. Whilst a clear daily cycle was observed in Ile du Coin, a 24-h cycle of temperature variability was less clear in the two outer reefs (Figure 2; Supplementary Figure S3).

It was estimated that the site alone accounted for less than 1% of the variance observed in the subset temperature dataset (ng2 = 0.007). Events of cold intrusions, most likely caused by internal waves, were frequently detected in both outer-reef sites, during which significant drops in temperatures were observed, characterised by changes in hourly standard deviation temperature values (Figure 3). No internal waves were detected in Ile du Coin (Figure 3).




Figure 3 | The hourly standard deviation of temperature across (A) Ile Anglaise (red), (B) Ile du Coin (green), and (C) Moresby (blue) between April 2018 and April 2021, as well as in situ temperature profiles, alongside modelled temperature profiles with internal waves removed, over the same 2-week period, across (D) Ile Anglaise, (E) Ile du Coin, and (F) Moresby. Note that no internal waves were detected in Ile du Coin, and therefore no model removing internal waves was run.



We determined that temperature values below 26.96°C and 27.22°C were attributable to internal wave events for the Ile Anglaise and Moresby sites, respectively. Overall, 0.20% of Moresby in situ temperature data was identified as potential internal wave events, compared to 0.42% of data points for Ile Anglaise, over the same period. Following the removal of internal wave signal from in situ data across these two sites, we find that whilst significant differences were still detected between reefs (ANOVA, F = 247.17, p-value < 0.001), the site was estimated to account for 14% of the variance observed (ng2 = 0.14), which is 20 times greater than what is estimated for the original in situ temperature dataset.



3.1.3 Photosynthetically active radiation, salinity, oxygen, and pH

The highest value of PAR (mean and daily max mean ± SD) was recorded in Moresby, with a total mean of 235.4 µmol photons/m−2 s−1 and a daily max mean of 1,579.5 µmol photons/m−2 s−1 (± 333.74). The lowest PAR was recorded in Ile Anglaise (total mean 189.3, daily max mean 1,089.1 µmol photons/m−2 s−1 ± 280.36), with an intermediate mean value in Ile du Coin (total mean 214.7, daily max mean 1,354.2 µmol photons/m−2 s−1 ± 313.33) (Supplementary Figure S3). Significant differences were observed between mean daytime PAR values across sites (ANOVA, F = 15.94, p < 0.001), but site choice was estimated to account for only 2% of the variance observed (ng2 = 0.02).

Higher salinity values (mean ± SD) were observed on average in Ile du Coin (34.53 ± 0.06 psu) than in Moresby (34.08 ± 0.04 psu) and Ile Anglaise (34.08 ± 0.04 psu), where values were identical. Overall, similar seasonal patterns were observed across all three sites, with a steady rise in salinity over the months of April to July (Supplementary Figure S2). Whilst statistically significant differences in mean values were observed across a subset of salinity data between ocean-facing sites and the lagoon-facing reef (ANOVA, F = 24,957.42, p < 0.001) (Figure 2), differences in these profiles are likely not biologically significant.

Dissolved oxygen (DO) concentration was lower in Ile du Coin on average (183.40 ± 18.71 µM) compared to Moresby (191.39 ± 8.57 µM) and Ile Anglaise (191.48 ± 12.88 µM) (Supplementary Figure S2). These differences in mean values were also found to be significantly different (ANOVA, F = 110.47, p <0.001), and the site was estimated to account for only 7% of the variance observed (ng2 = 0.07). The highest oxygen concentration was recorded in Ile Anglaise (277.06 µM on 30 September 2018). Daily DO cycles are observed across all three sites, but on average, the cycle in Ile du Coin was more pronounced, with values dipping below 165 µM around 6:00 a.m., compared to 180 and 185 µM in Ile Anglaise and Moresby, respectively (Figure 2).

Similarly, Ile du Coin also displayed the lowest pH values on average (7.91 ± 0.04), compared to Moresby (7.93 ± 0.02) and Ile Anglaise (7.96 ± 0.01) (Supplementary Figure S3). The lowest pH was also recorded in Ile du Coin, with a value of 7.78, compared to minimums of 7.92 and 7.86 in Ile Anglaise and Moresby, respectively. On average, pH was found to be significantly different across all three sites (ANOVA, F = 1,065.78, p < 0.001), and the site accounted for over 40% of the variance observed (ng2 = 0.42). Daily pH cycles were also, on average, more pronounced in the lagoon-facing reef (Figure 2). DO and pH were found to strongly correlate across all three sites throughout overlapping instrument deployments (Pearson’s correlation; Ile Anglaise = 0.754, Moresby = 0.944, and Ile du Coin = 0.821, p < 0.001 for all three sites).



3.1.4 Comparison of in situ and ex situ measurements of temperature and wave heights

On average, sea surface temperatures retrieved using NOAA’s CRW model were highly similar across all sites, with 28.75°C in Moresby and 28.72°C for both Ile du Coin and Ile Anglaise. The highest temperature was estimated to be in Ile du Coin (30.71°C), followed by Moresby, and then Ile Anglaise. Unlike in situ data, the lowest temperature was also estimated to occur in Ile du Coin (27.58°C). Comparing CRW SST values and in situ measurements shows that sSST does not capture internal wave events (Figure 4).




Figure 4 | Comparison of in situ and ex situ data for wave heights (WaveWatch III model) and sea surface temperature (Coral Reef Watch (CRW) model) at each reef site. (A) Observed and estimated significant wave heights from the nearest WWIII cell during March 2019. (B) Visualisation of the WWIII resolution across the Chagos Archipelago marine-protected area (MPA), where one-coloured pixel represents a single value for the estimated wave height. (C–E) significant temperature values for individual reef sites (the black line represents CRW data, coloured lines represent in situ data). (F) Visualisation of the CRW resolution across the Peros Banos and Salomon atolls of the MPA, where one coloured pixel represents a single value for estimated temperature.



Wave heights measured using WaveWatch III (WWIII) were also found to be overestimated when compared to in situ using fast-sampling pressure sensors (Figure 4). From WWIII results, Ile du Coin and Moresby are located in the same grid cell; hence, the model gives no distinction of the wave height profiles at the two sites.




3.2 Total percentage cover and community composition of sessile communities across autonomous reef monitoring structures and sampling sites

A total of 27,144 identifications were made across the nine ARMS, of which 62.3% were assigned to sessile organisms across 22 benthic taxonomic groups, 6.2% were sediment, and 30.3% to noncolonised surfaces (no recruitment) (Supplementary Table S6). Some predation of sessile communities was observed, with 0.5% of counts identified as fish bite scars. Very few sessile organisms were unidentifiable, with an average of 1% of counts assigned as “unknown” across the three sites.

On average, the total percentage cover of live sessile organisms was the lowest in Ile du Coin (mean ± standard deviation, 61.12 ± 18.2%), compared to Ile Anglaise (73.34 ± 11.7%) or Moresby (73.16 ± 14.9%) reef sites. A quasibinomial GLM regression showed that both sites (F = 14.26, p < 0.001) and plate face (F = 64.6, p < 0.001) had a significant effect on overall live percentage cover across ARMS plates (full model output in Supplementary Table S8). Post-hoc Tukey’s tests indicate that live percentage cover of sessile taxa was significantly higher on ARMS in Ile Anglaise (p < 0.001) and Moresby (p < 0.001) than at Ile du Coin. Live sessile percentage cover was also significantly higher on bottom plate faces (77% ± 1.23, p < 0.001) than on top plate faces (61% ± 2.02) across all sites. Sediment attached to or covering sessile organisms and plate surfaces were observed across all sampling sites despite efforts to shake these off (see Sec. 2. Materials and methods), with 9.4% of sessile counts in Ile du Coin assigned to this category compared to 4.5% in Moresby and 3.8% in Ile Anglaise.

Overall, sponges, soft-tube worms, and red macroalgae were the most abundant taxa groups in the lagoon-facing reef (Figure 5). On exposed reefs, bryozoans, sponges, and red and fleshy macroalgae were the most abundant, with red macroalgae in the highest abundance in Moresby and brown macroalgae in the highest abundance in Ile Anglaise (Figure 5).




Figure 5 | Stacked barplot displaying the percentage cover of sessile taxonomic groups, the percentage of counts assigned to non-sessile taxa as well as other identification groups, across replicates of autonomous reef monitoring structures (ARMS) from each sampling site (Ang, Ile Anglaise; Coin, Ile du Coin; Mor, Moresby).



The NMDS analysis showed the extent of dissimilarity between the top and bottom plate faces across sampling sites (Figure 6). Whilst the dispersion of data between the top and bottom plate face communities amongst triplicate ARMS was similar within Moresby and Ile Anglaise sites, a large difference was observed within Ile du Coin, with top plate face communities displaying a higher variability than bottom face communities (Figure 6).




Figure 6 | Non-metric multidimensional scaling (NMDS) ordination plots of autonomous reef monitoring structures (ARMS) communities on top or bottom plate faces across sampling sites, based on Bray–Curtis distances using fourth-root transformed count data and over two reduced dimensions (k = 2) (stress value = 0.106). Ellipses represent 95% confidence intervals fitted to the spatial ordination.



The multivariate model indicated that site, plate face, and the interaction between both factors had a significant impact on the abundance of sessile taxonomic groups across ARMS (Table 1). Univariate regressions across groups showed that site choice has a significant impact on bryozoan, gastropod, and brown encrusting macroalgae abundances, whilst plate face had a significant effect on the abundance of calcified tube worms, soft tube worms, and colonial tunicates (Table 2). CCA, green encrusting, and red encrusting macroalgae abundance were also shown to be most abundant different across sites, but only when plate face is taken into account. Boxplots of these nine most taxa faces highlight these significant patterns, such as the contrast in red encrusting macroalgae abundance across the top and bottom plates in Ile du Coin in comparison to Ile Anglaise and Moresby and the dominance of brown encrusting macroalgae in Moresby (Figure 7).


Table 1 | Summary of the statistical significance of a multivariate generalised linear models (GLMs) assessing the effect of site and plate face on the abundance of sessile groups.




Table 2 | Summary of the statistical significance of resampling-based univariate generalised linear models (GLMs) assessing the effect of site and plate face on the abundance of individual sessile groups.






Figure 7 | Boxplots comparing the counts of nine taxonomic groups were found to have significantly different abundances across autonomous reef monitoring structures (ARMS) plate face and/or across sampling sites (IdC, Ile du Coin; Mor, Moresby; and Ang, Ile Anglaise).





3.3 Associations between environmental factors, habitat type, and benthic communities

dbRDA of in situ and ex situ temperature, pH, and DO, as well as flow velocity and wave heights, were all significant in explaining the same amount of variation observed in benthic communities across sites: in situ and ex situ temperature (permutation-based ANOVA, F = 3.14, p-value = 0.008, R2 = 0.31, permutations = 999), pH, and DO (F = 3.13, p-value = 0.02, R2 = 0.31), and flow velocity and wave heights (F = 3.13, p-value = 0.02, R2 = 0.31) (Figure 8). Contrasting patterns of association were observed across the temperature model, with higher mean ex situ temperature associated with ARMS communities on ocean-facing reef Moresby (F = 2.98, p-value = 0.025) but higher in situ values associated with sheltered Ile du Coin ARMS communities (F = 3.3, p-value =0.017). Both mean pH values (F = 2.74, p-value = 0.035) and mean DO values (F = 3.54, p-value =0.018) were negatively associated with ARMS communities in the lagoon-facing reef. Mean flow velocity values were also negatively associated with Ile du Coin communities (F = 3.28, p-value = 0.025), whilst mean wave heights were positively associated with Moresby ARMS communities (F = 3.00, p-value = 0.023).




Figure 8 | Distance-based redundancy analysis (db-RDA) ordinations of top or bottom plate face benthic communities across sites, based on Bray–Curtis distances using fourth-root transformed count data, factored with mean (A) in situ (temp_mean) and ex situ temperatures (temp_ex_mean), (B) pH and oxygen, and (C) flow velocity and wave heights. Ellipses represent 95% confidence intervals fitted to the spatial ordination. Red crosses highlight the positioning of benthic groups amongst the ordination.



Our “indicspecies” analysis highlights correlations between average values of environmental parameters and taxa groups previously found to drive community dissimilarity between sampling sites and ARMS (Table 3). The percentage cover of CCA, colonial tunicates, green encrusting macroalgae, and bryozoans were observed to significantly correlate with sites presenting significantly higher DO values and lower temperature values. Bryozoan abundance also correlated significantly with higher PAR regimes observed across sites. The abundance of calcified tube worms found on both top and bottom plate face communities also significantly correlated with a lower in situ temperature regime and a higher DO regime. Brown encrusting macroalgae abundance on top plate face communities was observed to correlate with high pH and wave height regimes, as well as medium-flow velocities. Furthermore, the abundance of brown encrusting macroalgae across both plate faces correlated positively with lower PAR regimes. The abundance of red encrusting macroalgae on top and bottom plate face communities showed contrasting patterns of correlation with environmental parameters, with top plate abundances significantly correlating with medium wave and pH values and high flow velocities, whilst bottom plate abundances correlating with low DO and higher temperature profiles.


Table 3 | Results of point biserial correlation analyses of benthic groups with mean environmental parameter values, across either top or bottom plate communities.






4 Discussion


4.1 In situ environmental profiles of the sampling sites

By measuring in situ physicochemical factors, we recover the environmental profile of three reefs over yearly, monthly, and daily time periods. Ocean-facing reefs (Moresby and Ile Anglaise) are characterised by higher and more variable flow regimes as well as higher wave heights compared to a lagoon-facing reef site. Flow regimes impact the accumulation of DO and particulate CO2 in reef systems by interacting with sessile organisms’ diffusive boundary layers (Finelli et al., 2006), and in part, can therefore, shape benthic metabolic rates. In our study, we observe significantly lower mean pH and DO values in a low-flow site when compared to two sites with high-flow regimes, as well as more variable average daily cycles of both parameters (Figure 2). Further work could investigate flow velocities across ARMS surfaces, as well as DO/pCO2 fluxes, for example, using in situ incubation methods, as done by (Roth et al., 2019).

Internal wave events can reduce thermal stress on shallow reefs (Wyatt et al., 2020), but they also increase concentrations of nutrients (Reid et al., 2019) and fluxes of organic matter (Leichter et al., 1998) and decrease the risk of reef bleaching and mortality (Safaie et al., 2018). Within the Chagos Archipelago MPA, Sheppard (2008) previously recorded in situ temperature measurements across reef sites and found that internal wave events temporarily caused temperature drops of up to 7°C and that the effect increased with depth. We see similar dips in temperature across ocean-facing reefs in our study, with temperatures dropping up to ~5°C for short periods of time (Supplementary Figure S2). We see that sites where frequent internal waves occur (Ile Anglaise and Moresby) have significantly lower mean temperature values than a site where no internal waves are detected (Ile du Coin) (Figure 5). Indeed, internal waves contribute to the variability of temperature observed across our sites, even if they occur only 0.2%–0.42% of the time. Removing internal wave signals from our dataset and comparing edited temperature values across our sampling sites, result in an estimate that site choice alone accounts for 20 times more variance observed across temperature profiles than the same analysis of our dataset that does include internal waves. Our results suggest that measuring the temperature at short intervals is key for recovering accurate in situ benthic temperature profiles. Although not presented in the main body of this article, we also calculated degree-heating-days (DHD) across all three sites and show how internal waves reduce DHD by 8%–12% (Supplementary File S1). Whilst we did not investigate bleaching across ARMS communities in this study, we present methods and results of this additional analysis in the Supplementary material, as additional environmental context for future studies in this region (Supplementary File S1).

Satellite-derived SST is a popular metric for ecological studies of reef benthos (Carvalho et al., 2019; Floyd et al., 2020; Bosch et al., 2021), and with climate predictions indicating an increase in water temperatures globally (IPCC, 2022), it is important we obtain accurate temperature measurements when assessing or modelling the impact of heating on shallow reef cryptobenthic communities. Recent large-scale ARMS-based studies co-analysing benthic community diversity patterns and environmental parameters have used remote sensing data, including sSST and PAR (Carvalho et al., 2019; Pearman et al., 2020). Here, we show that in situ instrumentation is crucial for resolving patterns of local temperature and wave heights that cannot be detected using remote-sensing products. We find that NOAA’s remote-sensing CRW model can overestimate and/or underestimate local temperatures across sites. For Ile du Coin, the sSST may underestimate actual sea surface conditions, and vice versa for the outer reef sites. This is because the mean SST provided by the CRW grid cell is 5 km × 5 km, covering both outer and inner reefs within the same grid, and hence does not offer data at the required resolution. Not detecting internal waves on reefs that experience them runs the risk of overestimating average temperature values and skewing estimates of heat stress on local communities. Temperature loggers are not expensive in comparison to other oceanographic instruments, and thus, we recommend that if budgets allow, temperature loggers should be deployed alongside ARMS. For wave heights, due to the coarse grid at the island scale, the WWIII model does not consider the sheltering effect of the archipelago (Pawka, 1983), and values were approximately five times larger than observed in situ wave heights. Our results show that the WWIII model is unable to recover individual wave profiles for each site, and therefore, we recommend that if resources allow, this model should not be used as a substitute for local, in situ measurements of wave exposure in the Chagos Archipelago MPA.



4.2 Percentage cover and diversity of autonomous reef monitoring structures sessile communities

Our image analysis recovers a diverse community of benthic invertebrate and algal groups after 1 year. Other studies have investigated the sessile benthic community composition and condition of exposed reef surfaces across the Chagos Archipelago MPA (Head et al., 2019; Lange et al., 2021; Pilly et al., 2022), but none have previously investigated sessile cryptobenthic communities in this region. We find that sponges, fleshy and calcareous macroalgae, bryozoans, and annelid worms dominated recruitment surfaces, whilst colonial ascidians, molluscs, colonial ascidians, tunicates, and large foraminifera were less frequently observed.

Our findings show that the site also has a significant effect on ARMS community composition. Whilst almost all taxonomic groups are observed across all three sites (except for octocorals), and triplicate ARMS devices harbour highly similar communities within sites, overall community composition between reefs significantly differs. Image analysis has been shown to effectively recover the benthic profile of different sites using triplicate ARMS devices (David et al., 2019), and previous genetic analyses found that differences in sampling site and region shape the cryptobenthic composition and diversity on ARMS (Pearman et al., 2020). Here, by analysing 15 plate faces per device and following NOAA’s CREP program’s identification groupings, we demonstrate that ARMS photoanalysis alone can discriminate amongst reef sites within the same region, as well as between sites with similar local environmental conditions. The analysis of 225 points across 15 images per ARMS was feasible here due to the restricted number of sampling sites, but future studies could employ automated annotation tools, such as CoralNet’s latest deep-learning engine, to increase coverage and decrease analysis time (Beijbom et al., 2015; Chen et al., 2021).

We also see a strong and significant effect of plate face on the composition of ARMS benthic communities. Indeed, we observe a significantly lower percentage cover and significantly different assemblages of taxonomic groups on the top faces of ARMS plates than on the bottom faces, across all three sites. Our results show that several filter-feeding invertebrates and macroalgal taxa are significantly more abundant on the underside of ARMS plates, whilst only soft-tube annelids are found in higher abundance on top plate faces (Table 2). Similar patterns of community composition have been observed under sheeting coral colonies (Jackson and Winston, 1982), within reef cavities (Scheffers et al., 2010; Kornder et al., 2021), on artificial recruitment tiles (Higgins et al., 2019; Mallela et al., 2017), as well as by David et al. (2019) on the underside of ARMS plates from the Red Sea. We find that together, plate face and site choice significantly contribute to differences observed in the abundance of CCA, fleshy red encrusting algae and green encrusting algae across sampled reefs. Whilst the percentage cover of fleshy macroalgae has been estimated to be between 1% and 4% across shallow reefs of the Chagos Archipelago (Head et al., 2019; Lange et al., 2021), they represent around a third of benthic communities across ARMS devices in this study. Unlike some cryptobenthic invertebrates (e.g., bryozoan, ascidian, and encrusting sponges), macroalgae are often included in reef biomonitoring protocols and surveys. Encrusting macroalgae are commonly found within cryptic reef cavities but often form a minor part of organism biomass within cryptobenthic communities (Kornder et al., 2021). Our findings highlight how traditional benthic surveys, where only exposed surfaces are analysed, could underestimate the true percentage cover of key phototrophic groups. However, further comparisons between the cryptobenthic communities found on ARMS and those on nearby cryptic surfaces and cavities are now needed to determine if ARMS plates overestimate the percentage cover of any taxa. Nevertheless, based on our findings, we recommend that future image-based studies of ARMS from tropical coral reefs investigate top and bottom plate communities independently.

The presence of sand and sediment on top plates likely impacts the percentage cover and community composition across the top and bottom surfaces of ARMS devices. Sediment loading on reef surfaces has been shown to negatively affect the recruitment of stony coral, sponges, tunicates, and CCA (Fabricius and De’ath, 2001; Babcock and Smith, 2002; Maldonado et al., 2008) and can have mixed impacts on fleshy macroalgae recruitment by either inhibiting or abrading zygote attachment (Gao et al., 2019) or conversely by reducing fish and urchin herbivory (Tebbett et al., 2018; Kriegisch et al., 2019). We did not record actual sedimentation rates in this study but recommend pilot studies now be conducted on the extent of sedimentation on ARMS, for example, by using traps (Storlazzi et al., 2011) to record accumulation rates throughout unit deployments.



4.3 Associations between cryptobenthic communities and environmental parameters

We find that some of the variations in ARMS cryptobenthic communities observed across our three study sites can be explained by differences in mean in situ or ex situ temperature, pH, DO, flow velocities, and wave heights. Previous ARMS-based studies found that SST, PAR, pH, and surrounding coral cover are important variables in shaping the taxonomic diversity of sessile, mobile, or microbial communities across geographic regions (Pearman et al., 2019; Pearman et al., 2020). We recognise that benthic assemblages can show non-linear responses to changes in abiotic factors in reef ecosystems (Gove et al., 2015) and that our dbRDA analysis only represents a facet of biophysical interactions between benthic communities and environmental parameters. In part, this is due to our small number of site replicates and the fact that mean values offer limited information on long-term datasets. Nevertheless, our results support the need for in situ physicochemical measurements rather than remote sensing. For example, the temperature dbRDA displays contrasting trends, with increasing mean in situ temperature values associated only with Ile du Coin communities but ex situ values significantly associated only with Moresby communities (Figure 8). This finding highlights the risk that in situ biophysical relationships could be misinterpreted when using satellite-derived SST for the study of cryptobenthic communities across reefs in close geographical proximity.

The abundance of some cryptobenthic taxa on ARMS devices significantly correlates with different regimes of temperature, pH, PAR, oxygen, flow velocity, and wave heights observed across our sampling sites (Table 3). For some groups (e.g., red fleshy macroalgae), we find that abundances on top and bottom plate face communities significantly correlate with a different set of environmental drivers, whilst for others (e.g., calcareous worms and bryozoans), both top and bottom plate face abundances correlate with the same environmental regimes.

We find that encrusting macroalgal groups correlate differently with in situ environmental regimes identified across our sampling sites. Top-plate CCA abundance correlates with lower in situ temperature profiles, but the opposite is observed for fleshy red encrusting macroalgae abundance on the underside of ARMS plates (Table 3). On top plate communities, we see that red and brown macroalgal abundance correlates with medium/high flow (10–12 cm/s) and wave height regimes (0.27–0.34 m), as well as medium/high pH profiles (7.93–7.96). Growth responses of fleshy marine macroalgae to water flow rates can be based on species-specific physiological adaptations (Ho and Carpenter, 2017), and water flow can increase photosynthetic rates, and therefore growth, up to a point (Stewart and Carpenter, 2003). Macroalgae of different forms can interact both positively or negatively, through competition for resources (Fong and Paul, 2011) or by protecting one another from herbivory and sediment loading (Bittick et al., 2010; Sura et al., 2019), and competition may play a role in shaping macroalgal abundances observed between reef sites in this study.

CCA form a major component of benthic calcifiers on reefs but have shown to fare worse than their non-calcifying counterparts under higher temperatures and lower pH conditions (Porzio et al., 2011; Zweng et al., 2018; Diaz-Pulido and Barrón, 2020), a worrying trend for the future of accreting reefs as oceans continue to warm and acidify. Our environmental analysis shows that average pH values differ significantly between sites, and whilst the pH at the sheltered site (Ile du Coin) was found to be at 7.91 on average; the large diel variations observed in situ resulted in minimum values at or below 7.85 (Figure 2; Supplementary Figure S3). These minimum pH values, alongside higher temperatures, may not be more conducive for the growth of CCA at this site, as co-occurring low pH and high-temperature conditions can reduce calcification and productivity rates (Anthony et al., 2008; Diaz-Pulido et al., 2012). To further investigate the relationship between in situ temperature, DO, and pH and the abundance of both calcifying and encrusting macroalgae, net community calcification (NCC) and net community productivity (NCP) could be calculated. Longer deployments of SeapHOx/SeaFET loggers, matching those of temperature loggers, would also be needed to identify the extent of time during which ARMS communities experience acidifying conditions.

We find that increases in the abundance of other calcifying groups, bryozoans, and calcareous tube worms, also significantly correlate with lower in situ temperature and higher DO regimes (Table 3). Differences in thermal tolerance have been shown in bryozoans across marine habitats (see review by Lombardi et al., 2020), but co-occurring low pH and high temperatures can negatively affect bryozoan cover by reducing growth and calcification rates as well as increasing the dissolution of dead colonies (Rodolfo‐Metalpa et al., 2010). Calcareous serpulids have been shown to thrive on reefs experiencing regular cooling (Leichter et al., 1998). However, co-occurring low-oxygen and high-temperature conditions can be unfavourable for the growth rate of calcifying reef organisms in general (Nelson and Altieri, 2019). Whilst frequent internal waves at Ile Anglaise and Moresby likely provide a conducive environment for calcareous worms and bryozoan growth through regular cooling, these events may also benefit these groups through the regular upwelling of prey plankton and nutrients (Leichter et al., 1998), as well as a mechanism for increased larval dispersal (Fernández-Aldecoa et al., 2019).



4.4 Study limitations

We recognise there are several potential limitations to our study’s methodologies. Firstly, we made observations of cryptobenthic groups at a high taxonomic level, limiting our ability to look at diversity patterns across ARMS and sites. Restricted time in the field and limited resources for the identification of sessile cryptobenthic species available for this region meant we were unable to classify organisms to lower levels. Furthermore, our 2D photography of ARMS surface cover likely neglects the 3D structure of cryptobenthic reef communities (Kornder et al., 2021), and since photographs were taken from a top-down perspective, organisms with the ability to grow over others are more likely to have been visible and therefore recorded. Whilst we find that not all available ARMS recruitment surface was covered by live sessile organisms, we observed that recruitment cover was denser on the outer edges of ARMS plates, which are usually composed of both overlapping encrusting and upright macroalgae. Future ARMS studies could employ fluorescence photography, as shown in Steyaert et al. (2022), to improve estimates of the percentage cover of encrusting organisms, such as CCA and juvenile hard corals, using group-specific wavelengths.

Secondly, the number of site replicates (n = 3) in our study limits our ability to simultaneously model the relationship between multiple environmental parameters and community composition. We explore correlations between taxa abundances and in situ environmental profiles but cannot perform regression-based models integrating all parameters simultaneously. Increasing the number of sites and merging this dataset with other ARMS studies across the Indian Ocean could provide enough sampling replicates, as done by Pearman et al. (2020).

Thirdly, whilst we have long-term data on environmental parameters over a full year, we analyse cryptobenthic communities only at the end of these 12 months. Such is the nature of current ARMS studies that once collected, sessile communities on each unit are subsampled and scraped off. However, pilot studies could explore the potential of ARMS to act as long-term biomonitoring stations, where plates could be photographed and then re-assembled and re-deployed.




5 Conclusion

The need for continuous and comprehensive monitoring of both benthic communities and environmental parameters on coral reefs is crucial in the face of increasing climate change impacts (Koldewey et al., 2021). Whilst the degradation of coral reef habitats is set to reduce (Brandl et al., 2020) or alter (Kubicek et al., 2019) diversity over the coming decades, relatively few studies have been conducted on the functional or taxonomic diversity of sessile invertebrates or macroalgae on tropical reefs in comparison with hard corals and fish (Brandl et al., 2019). Fewer studies have co-analysed in situ environmental parameters and the biodiversity of cryptic reef spaces (but see Scheffers et al., 2010; Kornder et al., 2021). By analysing large and detailed datasets of benthic communities and environmental parameters from three tropical reef sites, we identify subtle but significant differences in the abundance and composition of cryptobenthic taxa and the environmental profile that they experience, after just 1 year. Our study provides an example of how in situ environmental parameters can be integrated with image-analysis data for future ARMS-based monitoring efforts and is the first step in this endeavour for the reefs of the Chagos Archipelago.
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The unprecedented rate of environmental change in the Anthropocene poses evolutionary challenges for wild populations globally. Active human-mediated interventions are being increasingly considered to accelerate natural adaptive processes. Where experimentation is challenging, evolutionary models can evaluate how species may fare under future climate, elucidate which evolutionary processes are critical to rapid adaptation, and how active interventions may influence fitness trajectories of organisms. Here we use polygenic metapopulation adaptation models to quantify the relative importance (effect sizes) of different eco-evolutionary parameters on the rates of adaptation in wild populations i) without active interventions, and ii) under a subset of active interventions. We demonstrate that genetic diversity (heterozygosity, He), population connectivity and the effect size of additive genetic variance are the primary drivers of natural adaptation rates. We quantify the effect sizes of these parameters on population fitness across three proposed assisted evolution scenarios and identify critical thresholds for intervention effectiveness and implementation. Specifically, the interventions tested here were most effective at low levels of genetic diversity in target populations (He < 0.2) and when timed during a cold-to-warm phase of an ENSO-like oscillation. Beneficial levels of connectivity were highly dependent on desired outcomes for the meta-population. We also present a global meta-analysis of genetic diversity in tropical reef-building corals as a case study of how thresholds derived from evolutionary models can be used to guide decision making by managers. We find genetic diversity to be highly variable by coral taxon and region, highlighting how thresholds from evolutionary models can be used in conjunction with empirical data to assess intervention needs and priorities. Quantitatively characterizing these key thresholds should provide managers, conservationists, and practitioners with a starting point for evaluating the necessity, risks and benefits of genetic interventions of wild species with large populations sizes. Finally, we highlight the critical knowledge and data gaps to produce the next suite of applied models for conservation management decision-support.
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Introduction

Ecosystems worldwide are being degraded at an alarming rate as species struggle to keep pace with novel and ever-increasing environmental pressures arising from rapid climate change. There is growing concern that keystone species that are critical to maintaining ecosystem functioning will be unable to match the speed of temperature change by natural adaptive processes. The loss of such keystone species may lead to further ecosystem collapse and a rapid transition into degraded alternate stable states (Scheffer et al., 2001) that fail to provide ecosystem services. Assisted evolution methods aim to preserve or restore ecosystems by enhancing adaptive traits of species most critically threatened by climate change (van Oppen et al., 2015; Fancourt, 2016; Thiele, 2020). To assess the feasibility of success and the risks of these genetic interventions in the wild, the main factors driving adaptive capacities need to be assessed and quantified.

There is a vast theoretical population genetics literature on how gene flow, selection, and drift influence genetic diversity in subdivided populations (Slatkin, 1976; Gomulkiewicz and Holt, 1995; Polechová and Barton, 2015; Tigano and Friesen, 2016) as well as on the rate of adaptation to a moving optimum (Kopp and Hermisson, 2007). This work is important for providing a theoretic guide for expected empirical studies, either performed in the laboratory or in the field. Over time, this theoretical work has shown the importance of population size (Gomulkiewicz and Holt, 1995), meta-population structure (Slatkin, 1976), gradients of environmental optima, the balance between selection vs. genetic drift, and fitness costs (Polechová and Barton, 2015; Polechová, 2018) in determining the persistence of populations impacted by environmental change. The combination of theoretical genetics and an applied focus has also rendered important lessons for managers, including how key ecological factors tip the probability of success of failure in evolutionary rescue scenarios, including the interplay between migration rate and competition (Uecker et al., 2014). As practitioners increasingly seek to apply assisted genetic conservation measures (Quigley et al., 2022), these lessons will be important for developing a design-support framework.

Traits can be determined by one to multiple genes, and these causal variants can generally be described as quantitative trait loci (QTLs). The genetic basis of polygenic trait evolution is complex (Reusch and Wood, 2007). Key parameters like the number of genes and magnitude of the effect of each gene (effect size) are still unknown for a majority of QTLs that code fitness-related traits (Franks and Hoffmann, 2012), as well as the influence of the interaction of genes and traits that drive adaptation (Walsh and Blows, 2009). Predictive evolutionary simulations (e.g Haller and Messer, 2019) can be used to explore spatial and temporal scales of adaptation and model the relative importance of a wide range of ecological and genetic population parameters that may drive adaptive capacities. Combined with empirical data, this allows for a powerful approach to assess the adaptive potential of natural populations and better predict the potential outcomes of different intervention methods. Quantifying and incorporating these evolutionary dynamics into managing for climate change is essential for both passive and active conservation planning (Gaitán-Espitia and Hobday, 2021).

The evolution of traits within populations may require many generations through emerging new mutations, but examples exist that demonstrate rapid evolution is possible under particular scenarios (reviewed in Hendry, 2016a; Campbell-Staton et al., 2017). Rapid adaptation to ecological change can occur through the exploitation of existing (“standing”) genetic variation within populations. Indeed, the importance of genetic diversity, and its maintenance for protecting populations from extinction, or alternatively, rescuing them from population decline, has long been recognized in terrestrial and marine environments [e.g. the Florida panther (Johnson et al., 2010), the arctic fox (Hasselgren et al., 2018), and the mountain pygmy possum (Weeks et al., 2017)]. A range of methods have been proposed to rescue populations from decline using genetics-based methods, including assisted migration (AM, movement of species within or outside their natural ranges) and assisted gene flow (AGF, the movement of organisms within their known ranges; reviewed in Aitken and Whitlock, 2013). These techniques have historically been used to target species with small population sizes, while assessments of the risk and benefits of AM and AGF with large populations is lacking, but critically needed for keystone species (like corals) or economically important species (as recommended in Aitken and Whitlock, 2013). Here we aim to address this gap and understand if AGF is transferable to larger wild populations.

The manipulation of genetic diversity is an important target for practitioners undertaking the assisted evolution of captive and wild populations, but the scope of impact as well as the benefits and risks of different interventions are still unknown, especially in species with large population sizes and variable genetic diversity (Gaitán-Espitia and Hobday, 2021). Here we present a series of evolutionary simulations that encompass a range from single-gene-single-population models of adaptation to multiple-genes-multiple-populations models (hereafter polygenic metapopulation models) and provide an assessment of the effect of multiple ecological and genetic parameters (including genetic diversity) on the rate and potential scope of adaptation (i.e. the range of different adaptive capacities). We then discuss the relative importance of these parameters in determining the effects of three of the currently >40 recognised, genetic and non-genetic interventions (Hardisty et al., 2019; National Academies of Sciences, Engineering, and Medicine, 2019) proposed on one ecosystem, coral reefs. Broadly, they relate to the enhancement of particular traits of the host (e.g. heat tolerance) via genetic selection, one of four broad intervention categories being considered (van Oppen et al., 2015). Finally, we present a global meta-analysis of empirically derived data on the genetic diversity of tropical reef-building corals. We use this data to demonstrate the application of the thresholds of genetic diversity derived from evolutionary models to aid in decision-making for genetic interventions.



Methods


SLiM modelling

To illustrate the principles of genetic adaptation and the effect of genetic interventions for monogenic vs. polygenic traits in isolated populations vs. in metapopulations, we simulated the evolution of Wright-Fischer (WF) populations using SLiM 3.3 (Haller and Messer, 2019). WF population models are useful to demonstrate the principles of evolutionary processes due to their relative simplicity and have been used widely in previous modelling efforts to understand the evolutionary trajectories of coral populations (e.g Matz et al., 2018; Quigley et al., 2019), but are admittedly unrealistic in their assumptions, e.g. of constant population size. We chose Wright-Fisher models for this manuscript because the principles of evolutionary processes are easier to demonstrate and comprehend, compared with more realistic, ecologically complex non-Wright-Fisher models. Starting from simple, single-gene, single-population models, working towards more complexity, we demonstrate the fate of introduced alleles and genotypes, and their impact on the fitness trajectories of the recipient populations or metapopulations. The models are built in a hierarchically complex manner, i.e. each model builds on the machinery of the previous one, for easier cross comparison. The simpler models simulate textbook evolutionary scenarios and can be found in Supplementary Material. In brief, to quantify the importance of key model parameters (genetic diversity; number of genes coding the trait and through that, genetic variance; environmental tolerance; connectivity; mutation rate; population size) for determining adaptive capacities of populations, we calculated two metrics: (i) the rate of adaptation as defined by fitness change over the first 20 years of warming (zero indicating no fitness change in a warming environment, hence rapid adaptation); and (ii) mean population fitness achieved after 20, 50 and 100 generations of warming. Here we only present the most complex metapopulation model on which we explored the parameter space for a number of key population genomic attributes to assess their importance for model outcomes.



The metapopulation and its environment

Five populations of a generic species were arranged spatially in a stepping-stone metapopulation (island model, Uecker et al., 2014), along an environmental (e.g. temperature) gradient, with population 1 having the highest phenotypic optimum trait value (1.1), and population 5 the lowest (0.9; Figure 1). These values can be easily rescaled, see below. The environmental gradient can be thought of as a temperature gradient along latitudes, and the phenotypic trait under selection as temperature tolerance, therefore, population 1 is warm-adapted, and population 5 is cold adapted. Although there are many other stressors impacting organisms globally, like drought, ocean acidification and disease, increasing temperatures have been the main focus of international action and investment (IPCC, 2022) and so we have targeted this factor here in our modelling. The environment was kept stable for 100 generations (“burn-in”), after which an El Niño Southern Oscillation (ENSO) – like cycle with an amplitude of 0.1 phenotypic trait value units, and a wavelength of five generations was faded in over 100 generations. This short burn-in period did not aim to achieve equilibrium allele frequencies; that would require the introduction of mutation rates over ~N generations of burn-in (where N is the population size). This would be computationally impossible even in our simple Wright-Fisher models. To circumvent this issue, we instead compared scenarios relative to each other with known starting states (possible conservation scenarios), and the arbitrarily (but consistently) assigned allele frequencies at the start are only meant to provide controlled adaptive scope to the populations. Note that in WF models generation time is not specified, therefore the ENSO-like oscillation cannot be considered a 5-year cycle, it is merely a proxy for non-linear environmental variability. A warming of 0.01 phenotypic trait value per generation started at generation 200 and lasted 150 generations, to simulate global warming associated with anthropogenic climate change.




Figure 1 | Diagram of metapopulation structure including migratation rates, environmental conditions and allele frequencies at sampling timepoints of the SLiM model discussed in this study.



Our simulations employed a mechanistic approach of additive genetic variance to estimating quantitative trait loci (QTL)-based phenotypes and fitness. Phenotypes of individuals were calculated as the sum of the effect size of all derived alleles present in an individual at each QTL (Figure 2). The maximum phenotypic trait value was therefore maximized when an individual was homozygous for all derived alleles with a positive effect, and had no derived alleles with a negative effect. For simplicity, in this study mutation effects were kept uniformly at +0.01 except when testing the influence of the number of QTLs and hence, genetic variance on adaptive processes. Therefore, an individual homozygous at 100 QTLs had a phenotypic trait value of 2.0 (100 QTLs * 0.01 mutation effect * 2 chromosomes).

Individual fitness was calculated from the mismatch between each individual’s phenotype and its environment, following a Gaussian density function with a mean of 0 and standard deviation (sd) of 0.1 (except when testing for the effect of environmental tolerance on adaptive processes; Figure 2). The width of the fitness curve, defined by the sd of the Gaussian density function, was used as a proxy for environmental tolerance. Note that phenotypic trait values, environmental optima, rate of warming, the amplitude of ENSO-like cycles, mutation effect and the width of the fitness function are meaningful only relative to each other. The values chosen for this study can be easily rescaled. For example, a model with ten times higher values for these six parameters (i.e., warming = 0.1°C per generation, environmental optima = 9 – 11°C, amplitude of ENSO-like cycles = 1°C, mutation effect = 0.1, and sd of the Gaussian fitness function = 1.0) will yield the same results as the values described above. Furthermore, the values of environmental optima can be re-centred freely, therefore the above model describes the behaviour of a metapopulation that populates any temperature gradient with 2 degrees difference between the warm and cold extremes, which is roughly in the range for many natural systems, e.g. corals on the Great Barrier Reef (Quigley et al., 2020)




Figure 2 | A mechanistic approach to QTL-based phenotype and fitness calculations, with a schematic for 10 QTLs.



It follows from this mechanistic approach to estimating phenotype and fitness that the adaptive range of a population is defined by the number of QTLs and their respective mutation effects, because these constrain the range of theoretically possible phenotypic trait values (maximum – minimum phenotypic trait value). If the environmental optimum increases over time (e.g. simulated global warming), the frequencies of alleles with a positive fitness effect shift towards fixation, while alleles with a negative fitness effect are gradually lost. As a consequence, genetic diversity (heterozygosity) decreases, and the metapopulation starts saturating its adaptive range. When all QTLs fix or are lost, populations can no longer evolve without the addition of novel genetic diversity via gene flow, mutation, or active human intervention (Figure 1).



Model parameters and their influence on adaptive processes

The parameter space and relative importance of each parameter of the model was explored by varying one parameter at a time while keeping the others constant. The relative importance of each model parameter was expressed as the standard deviation of the model output (e.g. mean population fitness at a certain generation) under the range of parameter values tested. To interpret this value: if a parameter is not influential, the models run with a range of values for this parameter will give highly similar results (small sd); in contrast a highly influential parameter will result in substantially different model outcomes when run with different values.

We explored the importance of the following model parameters for the outcome of simulations:


Connectivity

Connectivity is expressed as the proportion of offspring in a population produced by parents of another population. Our metapopulation model used a stepping- stone structure, where each population was only connected to an upstream and a downstream population directly. Connectivity was twice as high downstream than upstream, and population 1 was the most upstream population, while population 5 the most downstream (Figure 1). The range of values explored to test the influence of connectivity on adaptive processes were 33% to 0.001% migration downstream; and the value at which other parameters were tested was 1% downstream connectivity.



Genetic diversity

Genetic diversity is a key metric in influencing adaptation rates. It is also critically important in conservation given that genetic erosion can lead to inbreeding depression and an increase in extinction risk through the erosion of evolutionary potential. Genetic diversity is measured in a variety of ways, including allelic richness (number of alleles per locus), observed and expected heterozygosity [e.g. Nei’s unbiased measure, He (Nei, 1978)] haplotype diversity [h), nucleotide diversity (π (Huang et al., 2018)], and gene diversity [H (Prada et al., 2014)]. Effective population size (Ne) has also been used as a proxy for genetic diversity and direct measure of adaptive potential (Foster et al., 2012; Robitzch et al., 2015; Matz et al., 2018).

Expected heterozygosity is a widely cited metric of diversity which describes the number of heterozygous loci in populations and is therefore of critical importance in quantifying the capacity for populations to cope with environmental change (see above; Figure 1). Heterozygosity can be defined as 2p(1-p) at a locus, averaged over all loci, where p is the frequency of the derived allele at that locus. Conveniently, He can be manipulated directly at the start of simulations in SLiM models, therefore for the purposes of this article genetic diversity was measured as heterozygosity (He) across all loci.

Heterozygosity is normally a derived parameter in evolutionary models, defined by other model parameters and random processes. Testing the effect of various levels of He while fixing other model parameters was only possible by directly manipulating the number of QTLs while keeping mutation effect size constant. When mutation effect is kept constant, the number of QTLs in the model defines the maximum phenotypic trait value (MPTV) achievable in the population. As the environmental optimum gets closer to the MPTV, QTLs fix for the derived allele and heterozygosity (as well as the total additive genetic variance) drops; conversely, when the MPTV is far from the environmental optimum (in this case because of higher numbers of QTLs with constant effect size), He will remain high. The range explored was 60 to 120 QTLs coding the trait with a uniform mutation effect of +0.01. This range translates to 1.2 and 4.0 MPTV, respectively, in an environment where the phenotypic optima of populations ranged from 0.9 to 1.1 before warming, and 2.4 to 2.6 by the end of a 150-generation warming period; which in turn translates to 0-0.48 values of heterozygosity by the time of intervention at 50 generations post-warming (Supplementary Material). The value at which other parameters were tested was He = 0.4 (MPTV = 2.0, 100 loci).



Number of genes

To explore the influence of the number of genes under selection on adaptive processes, we directly and simultaneously manipulated mutation effect size and the number of QTLs, in an inversely proportional manner. This way their product, the maximum phenotypic trait value, remained constant and hence heterozygosity was not affected. However, when the number of genes is increased and phenotypic range is maintained, additive genetic variance  will inevitably drop as well (Supplementary Material). For example, 10 QTLs with a mutation effect of 0.1 have the same MPTV as 100 QTLs with a mutation effect of 0.01 (i.e., 2.0), but their additive genetic varience will be 10 times higher (0.05 vs 0.005) when heterozygosity is 0.5. Here we explored the range 50 – 1,000 loci while adjusting mutation effect using the formula mutation effect = 1/nQTL, which translates to a 0.01-0.005 range for additive genetic variance. The other parameters were tested at a value of 100 loci (0.01 mutation effect, 0.005 genetic variance, Supplementary Material).



Mutation rate

The rate at which new derived alleles are formed on loci. The range explored was 0 (no mutation, all diversity pre-defined) to 10e-5. The value at which other parameters were tested was 0 (no mutation).



Environmental tolerance

The proxy used for environmental tolerance was the width of the fitness curve, i.e., the standard deviation of the Gaussian density function, as it defines the fitness drop when individuals’ phenotypes deviate from the optimum phenotype dictated by the environment (Figure 2). The wider the fitness curve, the more tolerant individuals are to mismatching their environment. The range explored was 0.01 to 0.3, and the default value at which other parameters were tested was 0.1



Population size

The number of individuals in each population of the metapopulation. This value was identical in all five populations for simplicity, and kept constant over time. Whilst holding this parameter constant in each individual model run, we did explore a range of values from 1,000 to 20,000 individuals per population, and the default value at which other parameters were tested was 10,000. We appreciate that in biologically realistic models it is desirable to allow population size to vary with fitness. However, this could only be done in a non-Wright-Fisher model environment, which requires a large number of subjective decisions about ecologically relevant processes, such as age and density dependent mortality, reproduction, and competition, as well as habitat heterogeneity, which are likely to mask or confound the importance of the parameters tested here. Similarly to the “simple” pioneering models (Lynch et al., 1991; Lynch and Lande, 1993) sensu (Gomulkiewicz and Holt, 1995), our models here aim to highlight basic evolutionary principles which require compromises on ecological realism.

To quantify the importance of these key population genomic parameters for determining adaptive capacities of populations, we ran the simulations 10 times for each permutation of model parameters while holding the other parameters constant. For each simulation and parameter combinations, we then calculated the standard deviation of the (i) fitness change over 20 generations of warming as a proxy for the rate of adaptation; and ii) of the mean population fitness achieved by 20, 50 and 100 generations of warming as a proxy for the scope of adaptation. The higher these metrics (the standard deviation of possible model outcomes), the more influential the parameter was considered for adaptive rate and realised adaptation.




Intervention parameters and their influence on the outcome of interventions

Given the parameters described above, three scenarios where simulated to model the effects of active genetic interventions on the fitness trajectory of wild populations. We added individuals to the metapopulation that were created by i) crossing individuals from the extreme populations (population 1 and 5; simulating assisted gene flow; scenario 1); ii) artificially reshuffling the standing genetic variation of the metapopulation, so that the inoculum had a phenotype that perfectly matched the phenotypic optimum of the recipient population (simulating selective breeding; scenario 2); or iii) adding new alleles (novel genetic variation) to the existing genetic variation, so that the inoculum had a phenotype that perfectly matched the phenotypic optimum of the recipient population (simulating assisted translocation or direct genetic modifications; scenario 3). Inoculum was added to either population 3 that lies in the middle of the environmental gradient (hence with an average environment); or to population 4, that is slightly cooler than the average.

Additional to the above population genomic parameters, we explored the importance of the following intervention-specific model parameters on the outcome of interventions:


Inoculation ratio

The proportion of newly introduced individuals (inoculum) to the size of the recipient population. The range explored was 1% to 80%, and the default value at which other parameters were tested was 50%.



Timing of intervention

To test the effect of the timing of intervention in relation to ENSO-like environmental oscillations, we simulated interventions in five consecutive generations that represent different ENSO-like phases (Figure 3). Note that because warming was simultaneously ongoing, a slight warming signal was unavoidable in these comparisons.




Figure 3 | (A) Schematic of the ENSO-like anomalies; (B) the influence of the timing of interventions in relation to ENSO-like phases on fitness effect; and (C) the cumulative fitness effect (over generations) of interventions in the target population (population 4) at different ENSO-like phases. Scenario 1 = crossing warm and cold populations; scenario 2 = re-shuffling the standing genetic variation within the metapopulation; scenario 3 = introducing novel genetic variation to the metapopulation.





Brood stock

The number of parent colonies used in lab-based crossing of the extreme populations. The range explored was 50 to 1,000 colonies, with 100 colonies as a default value at which other parameters were tested.

The relative importance of intervention parameters and population genomic parameters on the fitness trajectories following interventions was quantified by the sd of the fitness difference between control (no intervention) and treatment (one of three intervention scenarios) simulations, for each parameter while holding the other parameters constant. The larger the sd of the Δ fitness between control and treatment, the more influential the parameter was considered for fitness trajectories.





Results


The relative importance of model parameters in shaping adaptive capacities

The model parameters and assumptions explored are described in detail in the Methods. Briefly, connectivity among populations followed a classic stepping-stone meta-popuation model (Figure 1), in which a temperature gradient was applied such that the environment of population 1 was warmer than the environment of population 5 (0.9°C). Temperature was held stable for 100 generations (a “burn-in” period), after which an El Niño Southern Oscillation (ENSO) – like cycle was slowly incorporated over 100 generations. Warming was simulated by incorporating a temperature increase of 0.01°C per generation, starting at generation 200, and lasting 150 generations (further information in Methods). Environmental tolerance was modelled as the width of the fitness function (Figure 2).


Factors influencing the rate of adaptation

The most influential parameter for determining the rate of adaptation in wild populations was the number of genes underpinning the trait, that acts through additive genetic variance (Figure 4A). The standard deviation of fitness difference between the start of warming and 20 generations later, in models run with 50 to 1,000 loci, across ten independent simulations for each locus number was 0.22 ± 0.02. Higher locus numbers, and hence lower additive genetic variance, resulted in slower adaptation. For example, the rate of adaptation almost perfectly matched the rate of evironmental change for traits encoded by 50 loci (-0.008 ± 0.006 fitness change over 20 years), while 1,000-loci-traits suffered a significant drop in fitness over the same period (-0.51 ± 0.03 fitness change; Supplementary Figure 8).




Figure 4 | The relative importance of population genomic parameters for the (A) rate of adaptation (change in fitness in the first 20 generations of warming; and (B) mean population fitness after 20, 50 and 100 generations of warming. Relative importance of model parameters for the rate of adaptation was measured by the standard deviation (sd) of the fitness differences at the start of a 0.01°C/generation warming and 20 generations later, varying the target parameter while keeping the others constant. Relative importance of model parameters on mean population fitness was measured by the sd of the fitness values at 20, 50 and 100 generations of 0.01°C/generation warming, varying the target parameter while keeping the others constant. Populations were distributed along an environmental gradient with decreasing temperature from Population 1 to 5, and with twice as much migration from warm to cold populations than from cold to warm populations. Results for ten independent simulations are presented for each permutation of parameters as raw data (due to low within-group variability) and overlayed as points with transparency.



The second most influential parameter for determining the rate of adaptation was genetic diversity, measured by heterozygosity. The standard deviation of fitness difference between the start of warming and 20 generations later among simulations with 0 to 0.48 He values was 0.10 ± 0.05. The effect of heterozygosity was most expressed in the warmest population (i.e. closest to the thermal maximum of the metapopulation, where the fitness difference over 20 years of warming was as high as 0.18 ± 0.001. (Figure 4A). Adaptation rate increased with genetic diversity in all populations following a steep saturation curve (Supplementary Figure 8). Below the threshold value of He=0.06, adaptation was severley compromised.

Metapopulation connectivity (0.02 ± 0.007) and the width of the environmental tolerance curve (0.03 ± 0.004) also influenced rates of adaptation as measured by the sd of fitness change in the first 20 years of warming. Connectivity influenced the rate of adaptation most in the coldest population (i.e population downstream from all other populations) where models run with 33% to 0.001% downstream migration rates resulted in 0.03 ± 0.001 units of sd (across 10 independent runs for each value) (Figure 4A). Increasing connectivity resulted in higher rates of adaptation in all populations but the warmest, where the influx of maladpative gene variants for that population resulted in slower adaptation. Beyond a critical value of connectivity (10% for population 5, 20% for populations 3 and 4), the overall population fitness increased compared to pre-warming levels (Supplementary Figure 8).

Higher environmental tolerance generally resulted in slower rates of adaptation until a threshold value was reached beyond which further increases in environmental tolerance did not result in a decrease of adaptation rates (Supplementary Figure 8). This threshold value was 10% of the maximum theoretical phenotypic trait value, i.e. 0.2 in our main simulations (see Supplementary Material for re-scaling the parameter values).



Factors influencing mean population fitness

The parameters with the strongest influence on mean population fitness after 20 generations of warming were environmental tolerance (standard deviation of fitness values across simulations 0.29 ± 0.003), the number of genes acting through varying with levels of genetic variance (0.15 ± 0.01), and genetic diversity (0.07 ± 0.05; Figure 4B). In general, high environmental tolerance (i.e. an increased width of the fitness function) resulted in overall higher fitness, but also allowed for higher genotype-environment mismatch (i.e., slower adaptation, see above). In terms of the number of genes, and in tandem, additive genetic variance, higher number of QTLs (lower genetic variance) meant lower mean population fitness after 20 generations of warming (i.e. slower adaptation, see above). And finally, greater genetic diversity (He) resulted in higher fitness, reaching an asymptote (saturation) at heterozygosity values between 0.06 and 0.20 (Supplementary Figure 9).

Adaptive capacity came close to exhausted after 50 generations of warming (Figure 1). As warming progressed, the relative importance of genetic diversity and the number of genes influencing fitness increased for all populations (0.33 ± 0.03 and 0.27 ± 0.02, respectively); while environmental tolerance remained highly influential (0.26 ± 0.01; Figure 4B). After 100 generations of warming, and as temperatures approached the theoretically possible thermal maximum in the simulations (range 1.2-2.4°C, depending on mutation effect size and the number of loci; Figure 1), genetic diversity again was the most influential parameter determining fitness across all five populations given the modelled genetic architectures. The second most influential parameter was the number of genes (Figure 4B; Supplementary Figure 9). For the warmest two populations, environmental tolerance was also highly influential after 100 generations of warming (0.26 ± 0.001 for both populations 1 and 2). Although novel mutations were rare (maximum mutation rate of 10e-5 over 100 QTLs), after 100 generations new mutations increased fitness as populations approached their limits of adaptation based on standing genetic variation alone (Supplementary Figure 9). Mutation rate therefore became an influential parameter in the warmest population (0.18 ± 0.004), with decreasing effect in cooler populations (Figure 4B) after 100 generations of warming.




The relative importance of model parameters for the outcome of genetic interventions

Three genetic intervention scenarios were simulated to model their effect on the fitness trajectory of wild populations, as described in detail in the Methods. Briefly, scenario 1 simulated the use of “interpopulation hybrids” produced by reproductively crossing individuals from populations 1 and 5 for inoculation to population 4 (a cooler than average population); scenario 2 redistributed the standing genetic variation of the metapopulation to create inocula (i.e. offspring added to the receiving population) with phenotypes that maximized fitness for the environment of population 4; and finally, scenario 3 increased the standing genetic variation with the addition of new alleles to create inocula with optimal phenotypes that maximized fitness to the environment of the receiving population.

Across the three types of simulated interventions, the most influential biological parameters were the number of genes coding the trait (standard deviation of fitness effect of simulations with different parameter values 0.12 ± 0.06) and genetic diversity (0.06 ± 0.02), followed by environmental tolerance (0.04 ± 0.006) and connectivity (0.03 ± 0.003; Figure 5B). Interventions that did not create novel diversity, i.e. those that created inocula harnessing only the standing genetic variation of the metapopulation (scenarios 1 and 2) resulted in only temporary fitness effects of generally < 10 generations. Alternatively, inocula that carried novel genetic variation to the metapopulation (scenario 3) created long lasting fitness effects (Figure 3; Supplementary Figures 10–14).




Figure 5 | Relative importance of model parameters on the fitness effect of three intervention types: reproductively crossing extreme warm and cold populations (scenario 1), reshuffling the standing genetic variation artificially (scenario 2), or adding novel genetic variation (scenario 3). Relative importance was measured by the standard deviation of fitness effect, varying the target parameter while keeping the others constant. When the target population lies in the middle of the environmental gradient that exists along the range of the metapopulation (B), Scenario 1 (crossing warm and cold populations) has negligible fitness effect; while the same intervention in a colder population yields fitness effect (A). Boxplots show the results of ten independent simulations for each parameter combination.




Number of genes and additive genetic variance

The effect of interventions on fitness was larger when the trait was encoded by a higher number of genes, hence additive genetic variance was lower (Supplementary Figure 12), because the rate of natural adaptation is lower for highly polygenic traits (see above; Supplementary Figure 8A), and therefore populations with highly polygenic traits were chronically maladapted at the time of interventions. For example, the fitness effect in the second generation after intervention was 51-fold higher when the trait was encoded by 1,000 loci compared to 50 loci (scenario 2).



Genetic diversity

Under extreme low levels of genetic diversity (He < 0.06), the introduction of novel genetic variation (scenario 3) resulted in a strong, positive fitness effect. In contrast, interventions that utilized only the existing standing genetic variation of the metapopulation (scenarios 1 and 2) had negligible fitness effects on the long-term (Supplementary Figure 10). As genetic diversity increased in the metapopulation, the immediate fitness effect of adding novel genetic variation decreased, while intervention scenarios 1 and 2 created a transient “fitness ripple” (oscillation of fitness values across generations, Supplementary Figure 10). For example, in a low genetic diversity metapopulation (He = 0.06), the immediate fitness effect of intervention scenario 3 was nine-times higher than in a high genetic diversity metapopulation (He = 0.48); and the mean fitness effect in the first ten generations was 0.24 units higher (Supplementary Figure 10).



Connectivity

High rates of connectivity decreased the magnitude of effect of each intervention scenario on the fitness in the target population. For example, reproductively crossing extreme hot and cold populations to obtain inocula (scenario 1) resulted in an immediate fitness benefit of 0.08 units in target population 4 at a 0.01% connectivity rate; which was 6-times higher than the 0.014 units fitness benefit at a 33% connectivity rate (Supplementary Figure 11). Unsurprisingly, introduced novel genetic variation (scenario 3) spread faster among populations when connectivity was high. The fitness effect of intervention scenario 3 on population 5 (downstream from the intervened population 4) was highest at an intermediate (1%) connectivity rate. For example, two generations after the intervention, the fitness benefit was 9-times higher at 1% connectivity rate than at 0.1%; and 24-times higher at 1% connectivity rate than at 10% in population 5. For upstream populations, fitness benefit became significant only tens of generations after the intervention, and was proportional to connectivity rate. For example, 60 generations after the intervention the fitness benefit in population 1 (warmest population) was 57-times higher at 33% connectivity rate than at 1% connectivity rate (Supplementary Figure 11).



Environmental tolerance

Environmental tolerance was measured as the standard deviation of the fitness function. Genetic adaptation was slower at higher levels of environmental tolerance (Supplementary Figure 8) because selection pressure was mitigated by the wider envelope of environmental conditions tolerated by individuals. Notwithstanding, all three intervention scenarios had smaller, but longer lasting fitness effects at higher levels of environmental tolerance (Supplementary Figure 13). For example, on average across all scenarios, the immediate fitness effect of an intervention was 3-times higher when the sd of the fitness function was 0.05 (low environmental tolerance) than when it was 0.3 (high environmental tolerance). At high environmental tolerance (sd = 0.3) the amplitude of the fitness ripple faded to below 0.01 after approximly 15 and 17 generations later compared to low environmental tolerance (sd = 0.05), in scenarios 1 and 2, respectively. The fitness effect of scenario 3 lasted across the entire simulation of 150 generations (only 60 generations shown on Supplementary Figure 13.) Importantly, the fitness effect was increasingly positive even in suboptimal ENSO-like phases as environmental tolerance increased. For example, the fitness effect of intervention scenario 3 on population 4 was positive in 54% of the first 60 generations after intervention when environmental tolerance was 0.05 (i.e. 2.5% of the maximum theoretical phenotypic trait value); while it was positive in 100% of generations when environmental tolerance was 0.3 (i.e. 15% of the maximum theoretical phenotypic trait value; Supplementary Figure 13).

Mutation rate and the size of the receiving population had little influence on the outcomes of the three intervention scenarios relative to the other factors tested (Figure 5). However, two non-biological parameters were highly influential: the ratio of inoculum size to population size (0.06 ± 0.01), and the timing of interventions relative to ENSO-like oscillations (0.05 ± 0.005; Figure 5). Higher inoculation ratios resulted in larger and longer lasting fitness effects. An increase in inoculation ratio from 10% to 80% increased fitness effects by 0.12 ± 0.02 units in the first generation after intervention across all scenarios. The amplitude of the fitness ripple faded to below 0.01 units at about 8 and 30 generations later with an 80% inoculation rate compared to a 10% rate in intervention scenarios 1 and 2, respectively. The fitness effect of scenario 3 lasted across the entire simulation of 150 generations, with increasing amplitude of oscillations (60 generations shown in Supplementary Figure 14).

ENSO-like oscillations were incorporated into our simulations to account for the temporal variability in climate (Figure 3A). The timing of the intervention relative to these environmental cycles proved critical for the short and long-term effects of interventions on the mean fitness of the populations. In scenarios 1 and 2 that used only existing genetic diversity for inoculation, the fitness effect of interventions was highly transitional, lasting typically less than ten generations post intervention, with a rapidly decreasing amplitude (i.e. ‘fitness ripple’; Figure 3B; Supplementary Figures 9–14). Due to the oscillation of the environmental optimum, the first generations following the intervention experienced either an increase or a decrease in fitness compared to no intervention (Figure 3B). The combination of the rapid decay of the fitness ripple and the associated negative or positive fitness effects demonstrated that the timing of the intervention relative to the ENSO-like cycles critically determines whether the net fitness effect of the intervention is negative or positive over the timeframes tested (Figure 3C). For example, to increase fitness effects, the optimal intervention time was an ENSO-neutral generation followed by an ENSO-positive period (ENSO-like phase 2 on Figure 3). Under all three scenarios, interventions at this ENSO-like phase resulted in a positive net fitness effect in the target population in the first 20 generations after warming (Figure 3C). Additionally, the cumulative fitness benefit of interventions at this ENSO-like phase were 5.6- and 3.4-times higher for scenario 1 and 2, respectively, than when interventions occurred in an ENSO-positive phase that was followed by an ENSO-negative period (ENSO-like phase 4 on Figure 3; Supplementary Figure 12). Importantly, the net effect of intervention scenario 3 (the introduction of novel genetic variation) was negative between 20 to 50 generations post-intervention even at the optimal timing; and at all other intervention times it had a net negative effect for at least 45 generations (Figure 3C), with the exception when diversity was low (He < 0.2; Supplementary Figure 10), environmental tolerance was high (sd of fitness function > 0.1; Supplementary Figure 11) or the trait was encoded by over 200 genes (Supplementary Figure 12).


 Box 1. Case study: Implications for the feasibility of genetic interventions on coral reefs

Tropical coral reefs are among the most severely impacted ecosystems by climate change due to the sensitivity of scleractinian corals to increases in ocean temperatures (Hughes et al., 2018). Species like corals live close to their temperature limits, making them vulnerable to warming from climate change, with up to 90% of coral reefs at risk of being lost by 2050 under certain climate scenarios (IPCC, 2022). The accelerating rate of reef decline over recent decades has prompted reef managers worldwide to increasingly consider novel reef restoration initiatives, including those methods incorporating the assisted evolution of the host coral and/or their associated microbial symbionts (van Oppen et al., 2015; Anthony et al., 2017). Understanding the factors that influence adaptation in the wild are critically important to the assessment of the feasibility and the risks associated with applying human interventions on reefs and other complex and diverse ecosystems. The evolutionary models presented here provide a baseline against which we can compare empirical data on relevant population genomic parameters of various organisms, including connectivity and genetic diversity (Matz et al., 2018; Quigley et al., 2019) and ecological risks (van Oppen et al., 2017; Sandler, 2020; Thiele, 2020), however it is important to understand the limitations of these simple Wright-Fisher models that are based on ecologically often unrealistic assumptions and do not consider adaptation and acclimatization via microbial symbionts or clonal reproduction. The corals’ dinoflagellate symbionts (Symbiodiniaceae), play a critical role in the adaptation of the holobiont (animal plus its microbial community (Peixoto et al., 2017; Voolstra et al., 2021),) given their critical roles in resistance against coral bleaching (LaJeunesse et al., 2018).Corals also fragment asexually, a feature that was not accounted for in the genetic models presented here. The clonal growth of corals via fragmentation and planulation (i.e. asexual reproduction), may promote the local proliferation of heat tolerant genotypes, or potentially the dispersal of heat tolerant propagules with currents, owing to their enhanced colonization ability (Capel et al., 2017). It is currently unclear whether the low genetic diversity and effective population size characteristic for clonal organisms would hinder or promote reef survival under climate change, and future, more complex and realistic non-Wright Fisher models will be needed to explore these questions. Here we restrict this box to only the discuss of host genetic diversity.

As per the theoretical population genetics literature, we predict that genetic diversity is one of the key factors defining adaptive rates and potentials in wild populations and will influence host-directed intervention outcomes when different scenarios are considered (scenarios 1-3 outlined in main text). Based on available estimates of genetic diversity, host adaptive capacity may be high (van Oppen and Medina, 2020) but a formal assessment is needed to quantify worldwide levels of diversity to better understand global potential for adaptation. Using a Web of Science search (heterozygosity AND coral, expected heterozygosity AND coral, genetic diversity AND coral (1991- 2020)), we surveyed the literature encompassing 1,150 research articles that included 51 coral species (potentially including cryptic species) from 17 coral genera across six oceanic regions. We then derived genetic diversity estimates from the alloenzyme, microsatellite and Single Nucleotide Polymorphisms (SNP) sequencing data presented in these papers and averaged by coral family and reef region. Genetic diversity here is defined as expected heterozygosity (He) across all loci, a critical measure of importance in quantifying the capacity for populations to cope with environmental variation (see Methods for further information). Given known differences in the interpretation of heterozygosity estimates among the different methods presented here (allozyme, microsatellites, genome-wide SNPs), each is shown in a different symbol, although no standardization or adjustments have been made between the three types of estimates.

We found global estimates of genetic diversity in corals varied extensively by species, genus, and region (Figure 6). Caribbean acroporids exhibited particularly low genetic diversity, perhaps from the steep population declines that they experienced in the last decades, although promisingly, some exceptions exist (e.g. Curacao and Guadeloupe). Galaxea (n=20) recorded the highest overall diversity (He= 0.85 ± 0.01 SE) and Siderastrea (n=15) the lowest (0.14 ± 0.01). Well-studied families like Acroporidae (n=345) exhibited intermediate diversity estimates (0.475 ± 0.01). Of the 46 reef systems for which heterozygosity of corals was calculated, the Great Barrier Reef (GBR, n=167) ranked 35th (0.35 ± 0.02) in diversity, with reefs in Cuba, Venezuela, and Singapore having the highest per-reef diversity estimates (0.81-0.79 ± 0.1-0.001), and reefs in Florida, Brazil, and the Dominican Republic having the lowest (0.17-0.18 ± 0.03-0.08) Figure 6. Overall, global estimates of genetic diversity were higher compared to the averaged modelled values of the receiving populations (~0.4 vs ~0.18), which may result in discrepancies between modelled and empirical results.

Genetic diversity appears to be highly variable in nature, suggesting that the three intervention scenarios modelled here will have varying levels of impact on reefs globally. For example, coral populations that are relatively depleted of genetic diversity may respond quickly and positively to the influx of new genetic diversity (e.g., Acropora cervicornis in Florida (n=11, 0.01 ± 0.001)) while those that still have high genetic variation (i.e., He > 0.4, e.g., some Acroporidae, Galaxea, Platygyra, Pocillopora), may respond slower, or with little effect.

Empirical results indicate that interventions like the selective breeding of corals sourced from across the Great Barrier Reef significantly increase novel genetic diversity in genomic regions important for the acquisition of heat tolerance (Quigley et al., 2020). Although encouraging, due to the costs and risks associated with human interventions, it is important that future models are based on empirical biological and environmental data explicit for specific populations targeted for intervention. This requires that further experimental studies, like those currently underway (Thomas et al., 2018; Fuller et al., 2019; Quigley et al., 2019; Quigley et al., 2020; Quigley et al., 2020) continue to fill in the knowledge gaps on the genomic underpinnings of traits related to climate change adaptation in corals.






Figure 6 | Spatial and taxonomic patterns of genetic diversity (He) in reef-building corals from a global metaanalysis using a Web of Science search 
(heterozygosity AND coral, expected heterozygosity AND coral, genetic diversity AND coral (1991- 2020).







Discussion

We demonstrate that the outcome of the modelled genetic interventions on the fitness trajectories of wild target populations is tightly linked to their natural adaptive capacity. Of the parameters measured, genetic diversity, mutation effect size, the number of QTLs, connectivity and environmental tolerance were all highly influential in shaping adaptive capacities, whereas mutation rates and population size were less influential. These parameters critically determine whether an intervention will have a fitness effect, how many generations that effect is expected to last, and whether the effect is predominantly positive or negative.


Implications for interventions

Our models underscore that genetic diversity is a key factor in shaping the rate and scope of adaptation in populations and quantify the range of genetic diversity values that are important for intervention feasibility in wild receiving populations. We acknowledge that it is very well known and perhaps expected that increased heterozygosity facilitates adaptation, and by extension, that interventions that introduce new adaptive variants allow for sustained adaptation. This is a positive outcome in that it suggests that our models are following the basic principles of population genetics. We highlight that the novel aspect of this work is that it provides value ranges that conservation practitioners can target in their restoration or conservation work. We also highlight that the importance of the level of diversity is context dependent, and the adaptive capacity and efficiency of interventions in populations closest to the thermal maximum of the metapopulation differ from those of the the populations furthest away from it.

Overall, genetic diversity strongly influenced the outcome of these three modelled interventions. All modelled intervention scenarios influenced population fitness, but their effect varied by the type of intervention and by the environment of the receiving population. For example, when heterozygosity was below 0.06, interventions that used only standing genetic variation (scenarios 1 and 2) had little fitness effect whilst the addition of novel diversity (scenario 3) had a strong and immediate positive fitness effect. Under higher levels of genetic diversity (>0.2) in the receiving population, the relative influence of introducing novel diversity (scenario 3) on fitness diminished. Amongst the three interventions tested, scenario 3 had the strongest impact on fitness across all diversity parameters, which was greatest and most immediate when applied to low diversity populations. In summary, novel beneficial diversity can have a large effect on evolutionary trajectories of genetically eroded populations. This is consistent with the theory and practice of genetic rescue (Whiteley et al., 2015), and highlights that genetic intervention in a population suffering from genetic erosion will likely respond differently compared to a population with higher genetic diversity. This result underscores the importance of developing an evidence-based management strategy (sensu, Gaitán-Espitia and Hobday, 2021) in which one of the first steps is to understand baseline values across key ecological and evolutionary parameters for populations and species that may be targeted for interventions.

Of the three types of interventions modelled here, the most effective are those that introduce novel genetic variation into target populations. These can either be in the form of genetic variants present in one population but not others (private alleles) for example by reproductively crossing gene pools that are otherwise separated via physical, temporal, or reproductive barriers. Among the modelled scenarios, only the addition of novel genetic variation increased the overall adaptive potential of a population (i.e., a change beyond their original phenotypic range) and had lasting effects beyond the short term across the entire simulation of 150 generations (Supplementary Figures 10–12). When persistent genetic changes to populations are desired, for example if warming trajectories do not appear to stop, the addition of novel genetic variation to a population would provide the greatest improvement, although it is important to note that this intervention did result in significant negative fitness consequences for ~ 40 generations under our model conditions (Figure 3C). Alternatively, interventions that harness standing genetic variation bring about a shorter-term effect of a few generations, which may be ideal under specific management scenarios where interventions are designed to be effective over the short-term (i.e. stop-gap) between climate action and a decrease in atmospheric warming. This highlights the importance of assessing both the long-term and short-term consequences of interventions on ecosystems for both positive and negative outcomes. In summary, the variability in fitness outcomes depending on timeframes measured underscores the importance of defining the success of interventions for different stakeholder groups, in which managers may prefer to see a positive increase in fitness over shorter timescales (5 years), whereas ecologists are more concerned with positive fitness effects over longer timescales (>150 years) and highlights the need for modelling across a spectrum of temporal scales.

The timing and spatial positioning of interventions is also critical to shaping intervention outcomes. For example, shuffling the standing genetic diversity of the metapopulation will have the strongest effect on the fitness of populations when: 1) populations are maladapted, 2) the pace of adaptation lags behind the rate of environmental change, or 3) inoculation happens during unfavourable phases of the ENSO-like oscillation (Supplementary Figures 10, 11). Interventions that do not add novel genetic variation to the metapopulation (scenarios 1 and 2) have shorter fitness effects, typically less than ten generations, and these incorporate both fitness benefits and deficits depending on the phase of a temporally variable environment (‘fitness ripples’; Figure 3; Supplementary Figures 10–14). The timing of interventions in relation to environmental cycles (e.g. ENSO) is therefore critically important in achieving an overall fitness benefit over the lifespan of the fitness ripples (Figure 3). For example, increasing the mean temperature optimum of a population in an unusually warm year increases the fitness, but the same intervention in a colder than average year will have negative fitness effects temporarily (Figure 3). In practical terms, interventions should be implemented in phase 2 of the ENSO cycle (Figure 3A), from a neutral to warm period, to result in fitness benefit in both the short and longer term. Ultimately, it is important to also consider the ecological consequences of both the positive and negative fitness effects caused in the various phases of the environmental oscillation, as even a temporary fitness deficit could have catastrophic ecological consequences, e.g. by surpassing critical thresholds for population viability (Traill et al., 2007). This latter aspect was not modelled here due to limitations of Wright-Fisher models (more details in the section on “Model limitations and knowledge gaps”).

Our modelled interventions focussed on shifting the mean of the fitness curve (Figure 2) and quantified how the breadth of phenotypic variation influences organisms’ capacity to adapt to changing environmental conditions. The extent of phenotypic variation has long been implicated as a driving force in adaptation (Lynch and Walsh, 1998) and there is evidence that particular forms of assisted evolution approaches on organism like dinoflagellates, insects, and corals can influence phenotypic variation by increasing the width of the fitness function instead of the mean (Figure 2, Kristensen et al., 2007; Quigley et al., 2020; Quigley et al., 2021). These approaches are promising because a wider environmental envelope buffers against environmental change and oscillation; but they also carry potential long-term risks because environmental tolerance may also slow down adaptation by decreasing the selective pressure (Ghalambor et al., 2007). In our models, for example, the receiving populations with broader environmental tolerance showed slower rates of adaptation. Theory suggests that changes in allele frequencies, and therefore adaptation rates, can either be hindered or facilitated by the extent of a populations’ environmental tolerance. For example, adaptation is generally slower if environmental tolerance is wide, because the overall selection pressure decreases as it is exerted over a wider phenotypic range. Simultaneously, adaption rates may increase under wide environmental tolerance because it allows populations to move into and persist in new environments, thereby promoting selection. This example highlights the interplay between eco-evolutionary factors (reviewed in Hendry, 2016b) and underscores the importance of developing eco-evolutionary models that are able to quantitatively assess complex interactions and be tailored to species and intervention strategy to predict the impacts of either taking or not taking specific management actions.

Overall, our models provide guidelines for future work supporting strategic management decisions and highlight that interventions should be tailored to the level of standing genetic diversity (albeit in conjunction with other relevant factors). The threshold value of He < 0.2 calculated from our models indicates a level of genetic diversity above which intervention is not warranted or may likely have little benefit. Using this threshold value in conjunction with results of our meta-analysis on genetic diversity in coral populations (see Box 1) can help guide managers through assessing the risks, costs and benefits of conservation actions (Anthony et al., 2020). It is also important to note that the connection between genetic diversity and population health is complex, where “low” values may not be indicative of degraded systems (i.e. Lewontin’s Paradox). Even ecosystems generally characterized as near pristine (e.g. the GBR) averaged genetic diversity values of He = 0.35. The value of He < 0.2 is merely a threshold of greatest intervention impact, but whether ecosystems should be allowed to potentially degrade or shift to that state is left to be determined through the incorporation of other decision-science metrics. We acknowledge that other considerations exist, for example, the loss of specific ecosystem services or the loss in socio-cultural values, which could make the threshold for when to intervene increase to greater He values.

Finally, the levels of environmental tolerance and environmental heterogeneity, both present and projected for the future, should also be considered in specific management decisions. Our results suggest that the greatest positive impact is expected from interventions that introduce novel genetic diversity (e.g. scenario 3), and the timing related to environmental oscillations is critical. For example, if the inoculum consists of individuals that have been bred for increased heat tolerance only (i.e. directional selection, where the mean of the fitness curve is shifted in one direction, Gaitán-Espitia and Hobday, 2021), the best fitness outcome is achieved by an intervention timed at the end of a cold ENSO-like phase heading into a warmer one. To ameloriate the effect of a fitness deficit during cold ENSO cycles, inoculum can be bred for increased environmental tolerance (i.e, the widening of the fitness function). Encouraginly in species like corals, some first generation interpopulational hybrids from specific reef by reef reproductive crosses did not suffer decreased fitness (as defined by both survival and growth) when outplanted to the field in a cold year (Quigley et al., 2021).



Model limitations and knowledge gaps

All models balance generality, precision, and realism (Levins, 1966) and the models presented here are by design general, applicable to a diversity of life-histories and are not tailored to any specific organism (e.g. R- vs. K-strategists, mobile or sessile, etc.). We chose to explore the importance of population genomic parameters for genetic intervention practices using Wright-Fisher models, despite their intrinsic limitations, because they are relatively simple and general, have an extensive history, and are relatable to previous studies (e.g Matz et al., 2018; Quigley et al., 2019). The goal of this paper was to demonstrate and clarify the principles of selection on monogenic and polygenic traits in a variety of intervention scenarios through the iteration of population genomic parameters suspected as being important for genetic interventions, but yet untested in models or in practice. We acknowledge the limitations of these models based on assumptions of Wright-Fisher populations and consider them a starting point for discussions and the development of ecologically and genetically more nuanced and accurate non-Wright-Fisher models. The major limitations of the Wright-Fisher models presented here are fixed population sizes, decoupled from fitness and extinction; fixed and uniform levels of migration; small deme numbers and overly simple metapopulation structure (five-deme stepping-stone model). These models also lack defined generation times, age and density dependent mortality, reproduction, and competition, and spatial and temporal habitat variability. All these biological and abiotic parameters are known to influence model outcomes, and certainly need to be incorporated in species- and location-specific evolutionary models for supporting explicit management decisions. The models presented here have a different role: to highlight the importance of basic and generic evolutionary parameters in adaptations and intervention success/failure, and thus caution managers to carefully evaluate intervention plans from an evolutionary perspective.

Despite their limitations, these models can confirm that genetic diversity and the number of loci determining a trait (acting through altered levels of additive genetic variance) have the greatest effect on the rate and scale of adaptation; and perhaps more importantly, quantify the parameter space in which these variables become important for maximizing intervention effectiveness. However, we recognize that for specific management decisions, even more targeted models are needed. It is increasingly evident, that most traits have high levels of underlying genetic variation in nature, and that the response to selection is often constrained by both genetic diversity and by interactions amongst genes as well as amongst traits (Walsh and Blows, 2009; Hoffmann and Sgrò, 2011). Therefore, a detailed understanding of the genetic architecture of fitness related traits, including epistasis and linkage maps; as well as the trade-offs among traits is critical for improved evolutionary modelling efforts in the future. Additionally, and especially important on coral reefs, the contribution of microbial partners to the phenotypes of their hosts is increasingly recognised (Theis et al., 2016), and the interplay between the evolution of the host organism and its microbial associates cannot be neglected in coral adaptation models (Apprill, 2017; Torda et al., 2017; van Oppen and Medina, 2020; Quigley et al., 2020).

Finally, the ecological characteristics of species (e.g. life histories, intra- and interspecific interactions) profoundly influence adaptive processes via eco-evolutionary feedback loops (Hendry, 2016a). Threshold values for key ecological and evolutionary parameters are sorely needed to guide the development of a portfolio of active interventions on ecosystems, like corals reefs, that are under extreme pressure from anthropogenic stressors. A genomic modelling framework, like the one provided here, supports the risk/benefit assessments and decisions to be undertaken, including whether deployment is needed, and if it is, where, when, and what to deploy. It is important to note that the predictive power of these models should be further strengthened by parameterizing with spatially explicit, taxon-specific empirical data, fine-scale empirical and modelled predictions on the rate of environmental change (e.g. for coral reefs see Heron et al., 2016), and simulating more realistic non-Wright-Fischer populations. In summary, this paper provides key threshold values, and a generalized framework of how genomic models can guide decision support around active interventions and underscores the importance of the rapid development of genomic and ecological modelling approaches in target species for conservation and restoration.
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The upregulation of animal chromoproteins (CPs)  during thermal stress produces “colorful” bleached corals that facilitate coral recovery after bleaching. In situ measurements indicate that animal CPs present in coral tissues reduce the elevated internal light environment of the remaining symbionts in bleached or low-pigmented stressed corals. However, there is still a lack of understanding regarding the extent to which animal CPs contribute to modifying the internal light environment of the symbionts in hospite. In this study, we evaluate the effect of three animal CPs on the optical properties of the coral tissue and their internal light environment using a numerical model. The model allows estimations of the absorbance spectra of corals as a function of changes in symbiont and animal pigmentation, as well as descriptions of the light environment in hospite of the symbionts. These descriptions were derived from the quantification of the contribution of each pigment component to light absorption, together with the contribution of the coral skeleton’s reflectance. Simulations indicate that animal CPs upregulation modifies the spectral distribution and the intensity of the internal light field. Animal CPs can reduce up to 11% of the light intensity in hospite when present individually, and up to 24% when present in combination. Such reduction may play a critical role in preventing the full development of the bleached phenotype when irradiance rises to excessive levels at low coral pigmentation, facilitating coral recovery and symbiont tissue re-colonization after bleaching. Accordingly, coral’s CPs components need to also be considered when selecting coral species for future restoration efforts.
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1 Introduction

The light environment inside the tissue of scleractinian corals is mainly determined by the incident irradiance on the coral surface and the optical properties of the tissue (Salih et al., 2000; Enríquez et al., 2005; Wangpraseurt et al., 2014; Wangpraseurt et al., 2016) and the skeleton (Enríquez et al., 2005; Terán et al., 2010; Marcelino et al., 2013; Swain et al., 2016; Enríquez et al., 2017). In the tissue, the presence of animal chromoproteins (CPs) (Salih et al., 2000; Smith et al., 2013) and photosynthetic pigments from the symbiotic dinoflagellates (Enríquez et al., 2005; Scheufen et al., 2017b) increases the absorption capacity of the coral pigments. Meanwhile, multiple light scattering by the white skeleton produces diffuse light, reducing pigments’ self-shading while enlarging the optical path, increasing the probability of light absorption by the pigments (Enríquez et al., 2005). However, the reduction of coral skeleton reflectivity due to the presence of endolithic organisms such as the chlorophyte Ostreobium spp. near the skeletal surface strongly affects pigment absorption and modifies the light environment of the symbionts inside the tissue, i.e., in hospite (Galindo-Martínez et al., 2022).

During thermal stress, reductions in the symbiotic dinoflagellate population within the coral tissue result in progressive increases in the light environment in hospite (Wangpraseurt et al., 2017). The remaining symbionts respond to these internal increases in the local illumination by reducing photosynthetic pigment content to photoacclimate to the new light environment (Iglesias-Prieto and Trench, 1994; Enríquez et al., 2005; Gómez-Campo et al., 2022). However, such typical algal response, which is intended to regulate the light dose absorbed by the symbionts, is not an appropriate response for organisms living inside one of the most efficient light collectors in nature (Enríquez et al., 2005; Scheufen et al., 2017b), as it exposes the symbionts in hospite to further increases in local irradiance, activating a positive feedback loop. Under these circumstances, dinoflagellates experience dramatic increases in photodamage that can compromise the symbiotic relationship when all other photoprotective mechanisms are overwhelmed, and the bleached phenotype is finally induced (Scheufen et al., 2017a; Scheufen et al., 2017b; Gómez-Campo et al., 2022). Hence the dramatic increases in the light environment of the symbionts in hospite due to the loss of coral pigmentation (i.e., loss of symbionts and reduction in symbiont pigmentation) is critical for understanding the limits of tolerance of this symbiotic association coral-Symbiodinacea. An important implication of this process is that coral recovery from bleaching remains a challenging task for the symbionts when the external stress is removed because internal light levels are still too high, even when the external irradiance remains constant (Swain et al., 2016; Wangpraseurt et al., 2017). However, corals can recover after bleaching, and populations have the capacity to restore their pigmentation and functionality, surviving the heat stress event (Rodríguez-Román et al., 2006; Bollati et al., 2020; Galindo-Martínez et al., 2022).

The upregulation of animal chromoproteins (CPs) in the animal tissue, which is responsible for creating “colorful” bleached corals (Bollati et al., 2020; Bollati et al., 2022), has been proposed as one of the mechanisms for coral bleaching recovery. The most common group of animal CPs found in corals are the Green Fluorescent Proteins (GFP) (Matz et al., 1999; Salih et al., 2000; Alieva et al., 2008; Smith et al., 2013). They are primarily found in populations of shallow areas, exposed to high-light environments, and their upregulation can be promoted by blue light (Salih et al., 2000; D’Angelo et al., 2008), nutrient stress (Bollati et al., 2022), and exposure to mild heat stress (Bollati et al., 2020). Animal CPs generally accumulate in parts of the coral colony with low symbiont density composition, such as the areas with the highest growth rate, or parts that are particularly damaged (Smith et al., 2013; Bollati et al., 2020). Animal CPs’ function in corals is not clear; however, it has been suggested that animal CPs can help in coral photoprotection to high levels of UVR or PAR (Salih et al., 2000; Smith et al., 2013; Gittins et al., 2015; Quick et al., 2018), antioxidant activity (Bou-Abdallah et al., 2006), and camouflage (Matz et al., 2006). They have also been proposed to amplify light scattering and increase the temperature within coral tissue (Lyndby et al., 2016). It also has been suggested that animal CPs could help corals attract symbionts (Aihara et al., 2019) and prey such as plankton (Ben-Zvi et al., 2022).

Due to their chemical composition, animal CPs can absorb light in the visible and UV range. Based on their optical properties, animal CPs can be classified as fluorescent proteins (FPs) and non-fluorescent chromoproteins (CPs) (Alieva et al., 2008). FPs can reemit light at particular wavelengths, a process known as photoconversion (Dove et al., 2001; D’Angelo et al., 2008; Smith et al., 2013; Bollati et al., 2022). Hence, it has been suggested that animal CPs could enhance algal photosynthesis in low light environments by modifying the light spectrum and intensity (Schlichter et al., 1994; Salih et al., 2000; Bollati et al., 2022). Nevertheless, considering that the number of photons generated through photoconversion is minimal compared to ambient light, its contribution to photosynthesis may be negligible (Ben-Zvi et al., 2021; Bollati et al., 2022). In situ spectral scalar irradiance in corals indicate that the presence of animal CPs reduces the light environment in hospite at particular wavelengths (Bollati et al., 2022) due to the CPs’ light absorption capacity. However, there is still a limited understanding of the animal CPs’ contribution to the modification of the light environment in the PAR range of the coral symbionts in hospite.

In this study, we analyzed the damping effect of three non-fluorescent animal CPs (asulCP562, amilCP580, and amilCP604) in the internal light environment of coral tissues using a numerical model for light transmission in corals. The model assumes light attenuation in the coral tissue due to light absorption by symbiotic photosynthetic pigments and animal CPs, and the additional effect of skeleton light scattering. The portion of light reaching the skeleton is scattered back to the tissue in different ratios depending on the optical properties of the skeleton. Simulations indicate that upregulation of animal CPs in the coral tissue can reduce internal irradiance up to 24% when present in combination.



2 Materials and methods


2.1 Numerical model

The numerical model for light transmission in corals previously reported (Galindo-Martínez et al., 2022) was modified to further explore the effects of animal CPs in the internal light environment of coral tissue. Briefly, the model assumes a flat coral where polyps are retracted, and the transparent coral tissue, containing the spherical photosynthetic symbionts, sits on top of the calcium carbonate skeleton. In the model, the skeleton reflectance can be modified due to the presence of the endolithic algae Ostreobium near the skeletal surface (Galindo-Martínez et al., 2022) (Figure 1A).




Figure 1 | Description of the numerical model for light absorption in corals. (A) Schematic representation of the coral model. Arrows indicate the parameters used to determine the light environment in hospite for the symbionts. (B) Equations used in the numerical model for the calculation of (1) the incident irradiance on the coral, (2) the coral tissue absorbance, (3) the incident irradiance in the skeleton, and (5) and the light environment in hospite for the symbionts. (C) Description of the variables used in the model. (D) Different scenarios of light absorption in corals: a clean coral with a white skeleton (no chromoproteins, no Ostreobium spp.), clean coral with an Ostreobium spp. bloom near the skeletal surface, a colorful coral with one of the three chromoproteins upregulated in the tissue: asulCP562, amilCP580, or amilCP604 (0.09 mg cm-2), and a colorful coral with an Ostreobium spp. bloom near the skeletal surface.



The model considers that 1) the incident light on the coral surface is attenuated inside the tissue by the photosynthetic pigments of the symbiotic dinoflagellates and by the animal CPs when present, and 2) that the light that is not attenuated and reaches the skeletal surface is scattered back to the coral tissue as a function of coral skeleton reflectance (R) (Figure 1A). By doing so, the model can predict the coral absorbance spectra and the light environment in hospite for the symbionts with 0.2 nm resolution in the PAR range (400 to 700 nm) as a function of the Chla density due to the presence of the symbiotic dinoflagellates, the animal CP density when upregulated in the animal tissue, and the skeleton reflectance (Figures 1B, C). See detailed equations in supplementary materials.

To predict the light environment for the symbionts inside the coral tissue, the numerical model was designed in the software Excel version 16.66.1 based on data previously reported: 1) the vertical spectral diffuse attenuation coefficient (KdΛ) for downwelling irradiance in the ocean reported by López-Londoño et al. (2021), 2) the light absorption spectra of a coral measured in transmittance mode (Enríquez et al., 2005), 3) the in vitro absorption spectra of three animal CPs isolated from the coral tissue (asulCP562, amilCP580, and amilCP604) (Smith et al., 2013), 4) the light transmission properties of coral skeletons (Vásquez-Elizondo et al., 2017), and 5) the in vivo absorption spectra of Ostreobium spp. in coral skeletons (Galindo-Martínez et al., 2022). Transmission absorption spectra of coral tissues (Enríquez et al., 2005) and animal CPs (Smith et al., 2013) were digitized using the software PlotDigitizer (Version 2.6.9). Each animal CP considered for the model presents a particular absorption peak at 562, 580, and 604 nm for asulCP562, amilCP580, and amilCP604, respectively (Figure 2) (Smith et al., 2013).




Figure 2 | In vitro light absorption spectra for the three coral chromoproteins used in the numerical model: asulCP562 (pink solid line), amilCP580 (purple dashed line), and amilCP604 (blue dotted line) extracted from coral tissue (after Smith et al., 2013).



For the model’s components, equations were designed to predict absorption with 0.2 nm resolution in the PAR range (400 to 700 nm) (Figures 1B, C) (See Supplementary materials). The first component, KdΛ  (López-Londoño et al., 2021), allows quantification of the incident irradiance in the coral (Einc) as a function of depth (z). Where E0 is the sub-superficial irradiance in the ocean



The second and third components enable the prediction of light absorption in the coral tissue (Dt) by adding the absorbance of the dinoflagellates (Dsym) and the animal chromoproteins (DCP). These absorbance spectra were predicted using equations based on an exponential attenuation as a function of algal and animal pigment densities. Dt was later used for the calculation of the incident irradiance in the skeleton (Esk).





The fourth and fifth components, coral skeleton transmittance (Tsk) and Ostreobium spp. absorption (Dost), allow us to calculate the skeleton’s reflectance (Rskos) considering the effects of the endolithic algae Ostreobium spp. when present in the skeleton. The absorbance spectrum of Ostreobium spp. was calculated using equations based on an exponential attenuation as a function of Ostreobium spp. density and its position in the skeleton (Galindo-Martínez et al., 2022).



Finally, using the previous parameters, the light environment in hospite for the symbionts (Esym) was calculated as



In this expression, Einc is the incident irradiance on the coral surface, Af is the amplification factor for a flat surface as Chla density changes (Enríquez et al., 2005), Rskos is the coral skeleton reflectance, and Esk is the incident downwelling irradiance on the coral skeleton (Figure 1B). The amplification factor indicates the enhancement of the light absorption by the symbionts in hospite due to the presence of the coral skeleton in comparison with symbionts in suspension with the same amount of pigmentation (Enríquez et al., 2005).



2.2 Numerical model simulations

To quantify the damping effect of animal CPs in the light environment in hospite, simulations were run in the numerical model assuming different coral scenarios with different Chla densities (100, 75, 50, 25, 12, and 6 mg Chla m-2) that correspond to variations in coral pigmentation from a well-pigmented coral (100 mg Chla m-2), to a bleached coral (less than 6 mg Chla m-2). The scenarios proposed represent corals with variations in the optical properties of the coral tissue and/or the coral skeleton, such as 1) a “clean” coral, representing a coral with no animal CPs in the tissue and with a white skeleton, 2) a “clean” coral with an Ostreobium spp. bloom located near the skeletal surface (less than 0.1 mm from the skeletal surface), 3-5) a “colorful” coral, representing a coral with one of the three animal CPs (asulCP562 (3), amilCP580 (4), and amilCP604 (5) (Smith et al., 2013)) upregulated in its tissue, assuming an animal CPs density of 0.09 mg cm-2 as reported by Smith et al., 2013, and with a white coral skeleton, and lastly, 6) a “colorful” coral with the three animal CP’s (asulCP562, amilCP580 and, amilCP604) upregulated in its tissue and with an Ostreobium spp. bloom located near the skeletal surface (Figures 1B–D). Simulations were run in the software Excel version 16.66.1. For each scenario, coral absorption spectra, percentage of light absorbed by each model component, and variation in the light environment in hospite were predicted.



2.3 Estimations of ACPs specific absorption coefficient

For the calculation of the specific absorption coefficient (Morel and Bricaud, 1981) of each animal CP (a*CP562, a*CP580, and a*CP604 for asulCP562, amilCP580, and amilCP604, respectively; m2 Chla-1), we used the predicted coral absorbance from the simulations run in the scenarios previously mentioned. In the simulations, the CPs’ density was maintained constant (0.09 mg cm-2) and only the Chla density in the coral was modified (100, 75, 50, 25, 12, and 6 mg Chla m-2). For the calculation of the a*CP we used the equation:



Where ρ is the Chla content per projected area in the coral (mg Chla m-2) (Enríquez and Sand‐Jensen, 2003; Enríquez et al., 2005) and D is the absorbance value predicted for the coral by the numerical model at 562 nm, 580 nm, and 604 nm, for a*CP562, a*CP580, and a*CP604 respectively. This parameter, a*CPs, was calculated only for the absorbance value at the peak of absorption of each animal CPs. It can be considered a descriptor of the pigment light absorption efficiency of the animal CPs in hospite. An ANCOVA test was used to identify significant differences among animal chromoproteins. The statistical analysis was conducted using the software SPSS Statistics (Version 28).




3 Results


3.1 Light absorption

The numerical model indicates that the coral tissue of bleached/pale corals is able to absorb three times less incident light in the PAR range than pigmented corals (Figures 3A, G), allowing more incident light to reach the coral skeleton. The accumulation of chromoproteins in the coral tissue increases light absorption (Figures 3B-D). However, each chromoprotein contributes in a different proportion; asulCP562, amilCP604, and amilCP580 can absorb up to 13%, 15%, and 24%, respectively, of the incident light in a bleached/pale coral (3.3 mg Chla m-2) (Figures 3B-D). On the contrary, a pigmented coral (100 mg Chla m-2) can only absorb up to 5%, 6%, and 7%, respectively (Figures 3H-J). When Ostreobium spp. bloom in the skeletal surface, they can absorb up to 54% of the incident light in a bleached/pale coral (Figure 3E, F), and only up to 10% in a pigmented organism (Figure 3K, L). However, if Ostreobium spp. is located near the skeletal surface of a “colorful” bleached coral, it can absorb only 14% of the incident light because the three animal CPs absorb up to 52% of the incident light (Figure 3F).




Figure 3 | Predicted absorption spectra for a bleached (A-F, 3.3 mg Chla m-2) and a pigmented coral (G-L, 100 mg Chla m-2) under different scenarios: a coral with a white skeleton (yellow solid line, A, G), a coral with the chromoprotein asulCP562 upregulated in its tissue (pink dotted line, B, H), a coral with the chromoprotein amilCP580 upregulated in its tissue (purple dashed line, C, I), a coral with the chromoprotein amilCP604 upregulated in its tissue (clear blue dotted line, D, J), a coral with an Ostreobium bloom in the skeletal surface (green dotted line, E, K), and a coral with the three chromoproteins upregulated in its tissue and an Ostreobium bloom in the skeletal surface (navy blue solid line, F, L). Superior panels indicate the percentage of incident PAR utilized by each pigmented layer: coral tissue (yellow), chromoprotein asulCP562 (pink), chromoprotein amilCP580 (purple), chromoprotein amilCP604 (blue), Ostreobium spp. (green), and coral reflectance (gray).



To quantify the variability in animal CPs’ light absorption efficiency, differences in the specific absorption coefficient were estimated for each chromoprotein (a*CP), as well as its variability as a function of Chla density for corals of different pigmentation. Model simulations indicate that a*CP increases with reductions in pigment density in the coral. However, they did not show significant differences between chromoproteins (ANCOVA, f(15)=0.015, p>0.05) (Figure 4). The a*CP varied from a minimum of 0.029 m2 mg Chla -1 for a pigmented coral (100 mg Chla m-2) to a maximum of 0.284 m2 mg Chla -1 for a bleached coral (6 mg Chla m-2) (Figure 4).




Figure 4 | Comparison of changes in animal CP specific absorption coefficient (a*CP) as a function of Chla density of “colorful” corals for the three animal CPs used in the numerical model asulCP562 (pink dotted line), amilCP580 (purple solid line), and amilCP604 (clear blue dashed line).





3.2 Light environment in hospite

Our simulations indicate that reductions in Chla density in the coral allow more incident light to reach the skeleton, producing dramatic increases in the light environment in hospite of the symbionts due to the extraordinary skeleton’s capacity to scatter light (Figure 5). Under the “clean” coral scenario, the model estimated a 2.8-fold increase in light levels in hospite for bleached corals compared to a pigmented coral (Figures 5A, G). However, when chromoproteins were present in the tissue of “colorful” bleached corals, the in hospite light environment was amplified between 2.3 to 2.6 times (Figures 5B-D), relative to the amplification estimated for “colorful” pigmented corals (Figures 5H-J). Combining the presence of the three chromoproteins in the same bleached coral, a 2.1-fold increase in the light levels in hospite was estimated. Finally, for the last scenario, the combined presence of Ostreobium spp. and the three chromoproteins resulted in only a 1.3-fold increase in the light environment in hospite of the symbionts for “colorful” bleached corals (Figure 5F).




Figure 5 | Predicted light environment in hospite for a bleached coral (A-F, 3.3 mg Chla m-2) and a pigmented coral (G-L, 100 mg Chla m-2) under different scenarios: a coral with a white skeleton (yellow solid line, A, G), a coral with the chromoprotein asulCP562 upregulated in its tissue (pink dotted line, B, H), a coral with the chromoprotein amilCP580 upregulated in its tissue (purple dashed line, C, I), a coral with the chromoprotein amilCP604 upregulated in its tissue (clear blue dotted line, D, J), a coral with an Ostreobium bloom in the skeletal surface (green dotted line, E, K), and, a coral with the three chromoproteins upregulated in its tissue and an Ostreobium bloom in the skeletal surface (navy blue solid line, F, L).



These simulations showed that the presence of optical dampers, such as animal CPs in coral tissues or Ostreobium spp. in the skeleton, reduces the light levels in hospite for the symbionts regardless of the variation in coral pigmentation (i.e., Chla density) (Figure 6). Nevertheless, corals with less Chla density showed more considerable reductions of the light environment in hospite for the symbionts when dampers were present, relative to regular pigmented corals. In bleached corals, the presence of animal CPs reduces between 11 to 24% of the light environment in hospite of the symbionts (Figures 5B-D; Figure 6) relative to tissues of “clean” bleached corals (Figure 5A; Figure 6). Meanwhile, in pigmented corals, the presence of animal CPs in the tissue leads to reductions of 2-6% (Figures 5H-J; Figure 6) in comparison to “clean” pigmented corals (Figure 5G; Figure 6). In contrast, the presence of Ostreobium spp. near the skeletal surface can reduce up to 53% of the light environment in hospite of the symbionts (Figure 5E; Figure 6).




Figure 6 | Modification of the light environment in hospite as a function of the pigment content for different coral scenarios, a “clean” coral with a white skeleton (yellow solid line), a coral with an Ostreobium bloom in the skeletal surface (green dotted line), a “colorful” coral with the chromoprotein asulCP562 upregulated in its tissue (pink dotted line), a “colorful” coral with the chromoprotein amilCP580 upregulated in its tissue (purple dashed line), a “colorful” coral with the chromoprotein amilCP604 upregulated in its tissue (clear blue dotted line), a “colorful” coral with the three chromoproteins upregulated in its tissue (purple dotted-dashed line), and a “colorful” coral with the three chromoproteins upregulated in its tissue and with an Ostreobium bloom in the skeletal surface (navy blue solid line).






4 Discussion

The use of numerical models allows us to predict light absorbance spectra in corals (Figure 3) under different scenarios of pigment composition in their tissue and/or skeleton (Figure 1). Models determine the percentage of incident light absorbed by each component and variations in coral skeleton’s reflectance, allowing estimation of potential changes in the light environment in hospite of the symbiotic dinoflagellates (Figures 5, 6). Our simulations indicated that reductions in light absorption in bleached corals, due to decreases in Chla density, may increase up to three times the internal light field of bleached corals, and that the main determinant is the presence of a highly reflective coral skeleton (Figures 5A, G). However, the presence of optical dampers in the tissue and/or the coral skeleton allows for significant reductions in the light environment in hospite (Figure 5). When corals upregulate the production of CPs in their tissue, the light environment in hospite of the symbionts reduces between 11- 24% in colorful bleached corals relative to “clean” bleached corals. (Figures 5B-D). Interestingly, when Ostreobium spp. increase in abundance near the skeletal surface, “colorful” bleached corals can reduce up to 53% of the light environment in hospite of the symbionts (Figure 5F).

Measurements of in vivo scalar irradiances within tissues of bleached corals have documented 20% reductions in irradiances at the animal CP absorption peaks when they are present (Bollati et al., 2022). Our model predicts similar reductions for the CPs reported by Bollati et al. (2022). It also supports the critical contribution of animal CPs to the regulation of the spectral distribution and intensity of the light environment of the symbionts in hospite (Figure 6), according to their light absorption characteristics (Salih et al., 2000; Dove et al., 2001). Photoconversion has been suggested as another possible role of animal CPs (Wiedenmann et al., 2004; Bollati et al., 2022). This phenomenon denotes the capacity of a particular group of green fluorescent pigments (GFP), known as photoconvertibles RFPs (pcRFPs), to absorb light in the blue-green range and reemit it in the orange-red range (Wiedenmann et al., 2004; Bollati et al., 2022). However, considering that dinoflagellates have poor light absorption in the orange range, animal CPs photoconversion may not be as relevant in enhancing their photosynthetic activity (Ben-Zvi et al., 2021). Indeed, the number of photons generated through photoconversion is insignificant compared to those provided by ambient light (Bollati et al., 2022).

The effect of animal CPs on the light environment within coral tissues varies depending on the type and density of the CPs and symbiont pigment density (Figure 6). A combination of CPs has a more substantial effect damping the light environment within bleached corals than the presence of a single type of CPs (Figure 6). In this sense, the combination of animal CPs in addition with a bloom of the endolithic algae Ostreobium spp. near the skeletal surface, produce the largest light attenuation in our simulations (Figure 5; Figure 6) due to the synergistic effect of the increases in light absorption and reductions in skeleton light scattering. Moreover, model predictions indicate that the combination of the three animal CPs used in our simulations and coral pigmentation values above 50 mg Chla m-2 allow the coral to absorb most of the light available in the tissue (Figure 3L). This condition minimizes the amount of incident light reaching the skeleton, with the consequent control of Ostreobium spp. blooms. Therefore, the last scenario simulated in the model could only occur in low-pigmented corals (<40 mg Chla m-2).

Multiple light scattering on coral skeleton together with reductions in Chla density during stressful conditions could affect both the animal CPs upregulation as well their efficiency of light absorption. As the upregulation of CPs in corals can be stimulated with light around 450 nm (D’Angelo et al., 2008; Bollati et al., 2020), the amplification of the light environment due to reductions in coral Chla density also involves higher levels of blue light within the coral tissue (Figure 5), and in consequence, facilitates animal CPs upregulation before the bleached phenotype is expressed (Gómez-Campo et al., 2022). Accordingly, bleaching may not be necessary for inducing animal CPs upregulation (Bollati et al., 2020) as a small reduction in pigment density could be enough to enhance blue light levels within coral tissues. In addition, the amplification of the light environment enhances light availability in all wavelengths in the PAR range, increasing the probability of light absorption by both pigment types, symbiotic and animal. This effect can be quantified by each pigment’s specific absorption coefficients (a*). Significant enhancement in light absorption efficiency of Chla (a*Chla) at low pigmentation has already been documented (Enríquez et al., 2005; Scheufen et al., 2017a; Scheufen et al., 2017b), and our analysis estimated similar enhancements for animal CPs pigments (a*CP) in bleached/paled coral tissue (Figure 4). This finding supports the capacity of animal CPs to act as optical dampers, even at small concentrations.

The presence of animal CPs in the coral tissue could simply be considered as a mechanism that facilitates coral recovery after bleaching (Bollati et al., 2020; Bollati et al., 2022). However, our results also support their utility in preventing the induction of the optical feedback loop that leads to the development of the bleached coral phenotype (Gómez-Campo et al., 2022). Contrary to CPs upregulation, Ostreobium spp. require a substantial reduction in Chla density to bloom near the skeletal surface. Once Ostreobium spp. blooms, its presence near the skeletal surface can also modify the light environment in hospite of the symbionts (Galindo-Martínez et al., 2022). This coral condition facilitates coral recovery after bleaching and may help in future bleaching events. Consequently, the effect of the combination of both mechanisms (CPs upregulation and Ostreobium spp. blooms) on the optical properties of coral tissue and skeleton creates less efficient corals for light absorption but more robust under heat stress and with a higher capacity of recovery after bleaching.

Finally, the light absorption properties of each CP determine its specific characteristics as a light-damper. Consequently, differences in coral vulnerability to bleach under thermal stress or the coral’s ability for recovery after bleaching may also be regulated by the coral’s ability to maintain/enhance animal CPs production and/or the type of animal pigment upregulated. More research is still needed to understand further possible trade-offs in coral physiology associated with animal CPs production. However, their presence and variability in coral tissues could be an excellent criterion when considering species for coral restoration efforts.



Data availability statement

The original contributions presented in the study are included in the article/Supplementary Material. Further inquiries can be directed to the corresponding authors.



Author contributions

CG-M and RI-P designed the research; CG-M and AC participated in data collection; CG-M analyzed data and created the numerical model; CG-M performed numerical model simulations; CG-M, SE, and RI-P wrote the paper. All authors contributed to the article and approved the submitted version.



Funding

The research leading to these results has received funding from Penn State University startup funds to RI-P. The Mexican Consejo Nacional de Ciencia y Tecnología (CONACyT) is acknowledged by providing one year Ph.D. fellowship to support CG-M (Conv-377983/246185). CG-M, AC, and RI-P were funded by National Science Foundation’s INCLUDES program.



Acknowledgments

We acknowledge Penn State University, and the NSF INCLUDES Alliance Collaborative Research program for MMES students that allow the collaboration between CG-M, RI-P, and AC. The PASPA program of DGAPA-UNAM is acknowledged for providing a scholarship to SE to support a sabbatical period at Penn State University. We want to thank the two reviewers for their help in improving the original submitted manuscript.



Conflict of interest

The authors declare that the research was conducted in the absence of any commercial or financial relationships that could be construed as a potential conflict of interest.



Supplementary material

The Supplementary Material for this article can be found online at: https://www.frontiersin.org/articles/10.3389/fmars.2022.1029201/full#supplementary-material



References

 Aihara, Y., Maruyama, S., Baird, A. H., Iguchi, A., Takahashi, S., and Minagawa, J. (2019). Green fluorescence from cnidarian hosts attracts symbiotic algae. Proc. Natl. Acad. Sci. 116 (6), 2118–2123. doi: 10.1073/pnas.1812257116

 Alieva, N. O., Konzen, K. A., Field, S. F., Meleshkevitch, E. A., Hunt, M. E., Beltran-Ramirez, V., et al. (2008). Diversity and evolution of coral fluorescent proteins. PloS One 3 (7), e2680. doi: 10.1371/journal.pone.0002680

 Ben-Zvi, O., Wangpraseurt, D., Bronstein, O., Eyal, G., and Loya., Y. (2021). Photosynthesis and bio-optical properties of fluorescent mesophotic corals. Front. Mar. Sci. 8. doi: 10.3389/fmars.2021.651601

 Ben-Zvi, O., Lindemann, Y., Eyal, G., and Loya, Y. (2022). Coral fluorescence: a prey-lure in deep habitats. Commun. Biol. 5 (1), 537. doi: 10.1038/s42003-022-03460-3

 Bollati, E., D´Angelo, C., Alderdice, R., Pratchett, M., Zielgler, M., and Wiedenmann, J. (2020). Optical feedback loop involving dinoflagellate symbiont and scleractinian host drives colorful coral bleaching. Curr. Biol 30, 1-13. doi: 10.1016/j.cub.2020.04.055

 Bollati, E., Lyndby, N. H., D´Angelo, C., Kühl, M., Wiedenmann, J., Wangpraseurt, D., et al. (2022). Green fluorescent protein-like pigments optimise the internal light environment in symbiotic reef-building corals. eLife 11, e73521. doi: 10.7554/eLife.73521

 Bou-Abdallah, F., Chasteen, N. D., and Lesser, M. P. (2006). Quenching of superoxide radicals by green fluorescent protein. Biochim. Biophys. Acta (BBA) - Gen. Subj. 1760 (11), 1690–1695. doi: 10.1016/j.bbagen.2006.08.014

 D’Angelo, C., Denzel, A., Vogt, A., Matz Mv.,, Oswald, F., Salih, A., et al. (2008). Blue light regulation of host pigment in reef-building corals. Mar. Ecol. Prog. Ser. 364, 97–106. doi: 10.3354/meps07588

 Dove, S. G., Hoegh-Guldberg, O., and Ranganathan, S. (2001). Major colour patterns of reef-building corals are due to a family of GFP-like proteins. Coral Reefs 19 (3), 197–204. doi: 10.1007/PL00006956

 Enríquez, S., Méndez, E. R., Hoegh-Guldberg, O., and Iglesias-Prieto, R. (2017). Key functional role of the optical properties of coral skeletons in coral ecology and evolution. Proc. R. Soc. B: Biol. Sci. 284 (1853), 20161667. doi: 10.1098/rspb.2016.1667

 Enríquez, S., Méndez, E. R., and Iglesias-Prieto, R. (2005). Multiple scattering on coral skeletons enhances light absorption by symbiotic algae. Limnol. Oceanogr. 50 (4), 1025–1032. doi: 10.4319/lo.2005.50.4.1025

 Enríquez, S., and Sand-Jensen, K. (2003). Variation in light absorption properties of Mentha aquatica l. as a function of leaf form: Implications for plant growth. Int. J. Plant Sci. 164 (1), 125–136. doi: 10.1086/344759

 Galindo-Martínez, C. T., Weber, M., Ávila-Magaña, V., Enríquez, S., Kitano, H., Medina, M., et al. (2022). The role of the endolithic alga Ostreobium spp. during coral bleaching recovery. Sci. Rep. 12 (1), 2977. doi: 10.1038/s41598-022-07017-6

 Gittins, J. R., D’Angelo, C., Oswald, F., Edwards, R. J., and Wiedenmann, J. (2015). Fluorescent protein-mediated colour polymorphism in reef corals: multicopy genes extend the adaptation/acclimatization potential to variable light environments. Mol. Ecol. 24 (2), 453–465. doi: 10.1111/mec.13041

 Gómez-Campo, K., Enríquez, S., and Iglesias-Prieto, R. (2022). A road map for the development of the bleached coral phenotype. Front. Mar. Sci. 9. doi: 10.3389/fmars.2022.806491

 Iglesias-Prieto, R., and Trench, R. K. (1994). Acclimation and adaptation to irradiance in symbiotic dinoflagellates. i. responses of the photosynthetic unit to changes in photon flux density. Mar. Ecol. Prog. Ser. 113 (1), 163–175. doi: 10.3354/meps113136

 López-Londoño, T., Galindo-Martínez, C. T., Gómez-Campo, K., González-Guerrero, L. A., Roitman, S., Pollock, F. J., et al. (2021). Physiological and ecological consequences of the water optical properties degradation on reef corals. Coral Reefs 40 (4), 1243–1256. doi: 10.1007/s00338-021-02133-7

 Lyndby, N. H., Kühl, M., and Wangpraseurt, D. (2016). Heat generation and light scattering of green fluorescent protein-like pigments in coral tissue. Sci. Rep. 6 (1), 26599. doi: 10.1038/srep26599

 Marcelino, L. A., Westeat, M. W., Stoyneva, V., Henss, J., Rogers, J. D., Radosevich, A., et al. (2013). Modulation of light-enhancement to symbiotic algae by light-scattering in corals and evolutionary trends in bleaching. PloS One 8 (4), e61492. doi: 10.1371/journal.pone.0061492

 Matz, M. V., Fradkov, A. F., Labas, Y. A., Savitsky, A. P., Zaraisky, A. G., Markelov, M. L., et al. (1999). Fluorescent proteins from nonbioluminescent anthozoa species. Nat. Biotechnol. 17 (10), 969–973. doi: 10.1038/13657

 Matz, M. V., Marshall, N. J., and Vorobyev, M. (2006). Are corals colorful? Photochem. Photobiol. 82 (2), 345–350. doi: 10.1562/2005-08-18-RA-653

 Morel, A., and Bricaud, A. (1981). Theoretical results concerning light absorption in a discrete medium, and application to specific absorption of phytoplankton. Deep Sea Res. Part A. Oceanogr. Res. Pap. 28 (11), 1375–1393. doi: 10.1016/0198-0149(81)90039-X

 Quick, C., D’Angelo, C., and Wiedenmann, J. (2018). Trade-offs associated with photoprotective green fluorescent protein expression as potential drivers of balancing selection for color polymorphism in reef corals. Front. Mar. Sci. 5. doi: 10.3389/fmars.2018.00011

 Rodríguez-Román, A., Hernández-Pech, X., Thome, E P., Enríquez, S., and Iglesias-Prieto, R. (2006). Photosynthesis and light utilization in the Caribbean coral Montastraea faveolata recovering from a bleaching event. Limnol. Oceanogr. 51 (6), 2702–2710. doi: 10.4319/lo.2006.51.6.2702

 Salih, A., Larkum, A., Cox, G., Kühl, M., and Hoegh-Guldberg, O. (2000). Fluorescent pigments in corals are photoprotective. Nature 408 (6814), 850–853. doi: 10.1038/35048564

 Scheufen, T., Krämer, W. E., Iglesias-Prieto, R., and Enríquez, S. (2017a). Seasonal variation modulates coral sensibility to heat-stress and explains annual changes in coral productivity. Sci. Rep. 7 (1). doi: 10.1038/s41598-017-04927-8

 Scheufen, T., Iglesias-Prieto, R., and Enríquez, S. (2017b). Changes in the number of symbionts and Symbiodinium cell pigmentation modulate differentially coral light absorption and photosynthetic performance. Front. Mar. Sci. 4. doi: 10.3389/fmars.2017.00309

 Schlichter, D., Meier, U., and Fricke, H. W. (1994). Improvement of photosynthesis in zooxanthellate corals by autofluorescent chromatophores. Oecologia 99 (1/2), 124–131. doi: 10.1007/BF00317092

 Smith, E. G., D’Angelo, C., Salih, A., and Wiedenmann, J. (2013). Screening by coral green fluorescent protein (GFP)-like chromoproteins supports a role in photoprotection of zooxanthellae. Coral Reefs 32 (12), 463-474. doi: 10.1007/s00338-012-0994-9

 Swain, T. D., DuBois, E., Gomes, A., Stoyneva, V. P., Radosevich, A. J., Henss, J., et al. (2016). Skeletal light-scattering accelerates bleaching response in reef-building corals. BMC Ecol. 16 (1). doi: 10.1186/s12898-016-0061-4

 Terán, E., Méndez, E. R., Enríquez, S., and Iglesias-Prieto, R. (2010). Multiple light scattering and absorption in reef-building corals. Appl. Optics 49 (27), 5032. doi: 10.1364/AO.49.005032

 Vásquez-Elizondo, R. M., Legaria-Moreno, L., Pérez-Castro, M. A., Krämer, W. E., Scheufen, T., Iglesias-Prieto, R., et al. (2017). Absorptance determinations on multicellular tissues. Photosyn. Res. 132 (3), 311–324. doi: 10.1007/s11120-017-0395-6

 Wangpraseurt, D., Larkum, A. W. D., Franklin Szabo, J. M., Ralph, P. J., and Kühl, M. (2014). Lateral light transfer ensures efficient resource distribution in symbiont-bearing corals. J. Exp. Biol. 217 (4), 489–498. doi: 10.1242/jeb.091116

 Wangpraseurt, D., Jacques, S. L., Petrie, T., and Kühl., M. (2016). Monte Carlo Modeling of photon propagation reveals highly scattering coral tissue. Front. Plant Sci. 7. doi: 10.3389/fpls.2016.01404

 Wangpraseurt, D., Holm, J. B., Larkum, A. W. D., Pernice, M., Ralph, P. J., Sugget, D. J., et al. (2017). In vivo microscale measurements of light and photosynthesis during coral bleaching: Evidence for the optical feedback loop? Front. Microbiol. 8. doi: 10.3389/fmicb.2017.00059

 Wiedenmann, J., Ivanchenko, S., Oswald, F., Schmitt, F., Röcker, C, Salih, A., et al. (2004). EosFP, a fluorescent marker protein with UV-inducible green-to-red fluorescence conversion. Proc. Natl. Acad. Sci. 101 (45), 15905–15910. doi: 10.1073/pnas.0403668101


Publisher’s note: All claims expressed in this article are solely those of the authors and do not necessarily represent those of their affiliated organizations, or those of the publisher, the editors and the reviewers. Any product that may be evaluated in this article, or claim that may be made by its manufacturer, is not guaranteed or endorsed by the publisher.

Copyright © 2022 Galindo-Martínez, Chaparro, Enríquez and Iglesias-Prieto. This is an open-access article distributed under the terms of the Creative Commons Attribution License (CC BY). The use, distribution or reproduction in other forums is permitted, provided the original author(s) and the copyright owner(s) are credited and that the original publication in this journal is cited, in accordance with accepted academic practice. No use, distribution or reproduction is permitted which does not comply with these terms.




ORIGINAL RESEARCH

published: 10 January 2023

doi: 10.3389/fmars.2022.1068391

[image: image2]


Sexual dimorphism in corallite size and modularity of a broadcast spawning coral, Porites lobata


Ricardo M. Pedraza-Pohlenz 1,2, Eduardo F. Balart 1, J. J. Adolfo Tortolero-Langarica 3,4, Alma Paola Rodríguez-Troncoso 5, Michael E. Hellberg 6, Orión Norzagaray-López 7, Rafael A. Cabral-Tena 8, Amílcar Leví Cupul-Magaña 5 and David A. Paz-García 1,9*


1 Laboratorio de Necton y Ecología de Arrecifes, Centro de Investigaciones Biológicas del Noroeste (CIBNOR), La Paz, Baja California Sur, México, 2 Red Sea Research Center, Division of Biological and Environmental Science and Engineering (BESE), King Abdullah University of Science and Technology (KAUST), Thuwal, Saudi Arabia, 3 Laboratorio de Esclerocronología de Corales Arrecifales, Unidad Académica de Sistemas Arrecifales, Instituto de Ciencias del Mar y Limnología, Universidad Nacional Autónoma de México, Puerto Morelos, Q. Roo., México, 4 Tecnológico Nacional de México / IT Bahía de Banderas, Bahía de Banderas, Nayarit, México, 5 Laboratorio de Ecología Marina, Centro de Investigaciones Costeras, Centro Universitario de la Costa, Universidad de Guadalajara, Puerto Vallarta, Jalisco, México, 6 Department of Biological Sciences, Louisiana State University, Baton Rouge, LA, United States, 7 Instituto de Investigaciones Oceanológicas, Universidad Autónoma de Baja California, Ensenada, Baja California, México, 8 Departamento de Ecología Marina, Centro de Investigación Científica y de Educación Superior de Ensenada, Ensenada, México, 9 CONACyT-Centro de Investigaciones Biológicas del Noroeste (CIBNOR), La Paz, Baja California Sur, México




Edited by: 

Yehuda Benayahu, Tel Aviv University, Israel

Reviewed by: 

Karen Lynn Neely, Nova Southeastern University, United States

Sarah Whitney Davies, University of North Carolina at Chapel Hill, United States

*Correspondence:
 
David A. Paz-García
 dpaz@cibnor.mx

Specialty section: 
 This article was submitted to Coral Reef Research, a section of the journal Frontiers in Marine Science


Received: 12 October 2022

Accepted: 20 December 2022

Published: 10 January 2023

Citation:
Pedraza-Pohlenz RM, Balart EF, Tortolero-Langarica JJA, Rodríguez-Troncoso AP, Hellberg ME, Norzagaray-López O, Cabral-Tena RA, Cupul-Magaña AL and Paz-García DA (2023) Sexual dimorphism in corallite size and modularity of a broadcast spawning coral, Porites lobata. Front. Mar. Sci. 9:1068391. doi: 10.3389/fmars.2022.1068391



Differences in selective pressures and the energetic cost of gametes in gonochoristic corals should vary with the sex of the colony, which may lead to sexual dimorphism. Coral colonies are composed of subunits (corallites) that create a complex morphological architecture. If corallite features are distinct between sexes, then the degree of coordinated change among these subunits may also vary (phenotypic modularity). This study tested for sexual dimorphism in the corallites of the reef-building coral Porites lobata, a gonochoric broadcast spawner, and compared this with previously demonstrated sexual dimorphism in its congener P. panamensis, a gonochoric brooder. Corallite area in P. lobata was 17% larger for males than for females (p < 0.05). Phenotypic modularity analysis showed that the integration of skeletal traits differs between sexes in both P. lobata and in P. panamensis. In P. lobata, females showed a higher trait integration than males, while the opposite pattern was observed in P. panamensis. Our results demonstrate corallite traits differentiate between sexes and suggest that between-sex differences in the degree of corallite integration may vary with reproductive mode.




Keywords: reproduction, morphometrics, Porites, corallite, Eastern Tropical Pacific (ETP), phenotypic modularity



1 Introduction

Sexual dimorphism is widespread among animals but has been considered rare in colonial marine taxa (Levitan, 2010). Recent studies on scleractinian corals, however, have found sexual dimorphism in size (Kramarsky-Winter and Loya, 1998; Loya and Sakai, 2008), calcification rates (Cabral-Tena et al., 2013; Tortolero-Langarica et al., 2016; Tortolero-Langarica et al., 2017; Mozqueda-Torres et al., 2018; Cruz-Ortega et al., 2020), skeletal isotopic signals (Cabral-Tena et al., 2013), and corallite morphologies (González-Espinosa et al., 2018). From these studies (Table 1), corallite differences have been found for only one species (González-Espinosa et al., 2018), leading us to ask whether the dimorphism previously observed (primarily in growth) could be seen in corallite’s traits.


Table 1 | Evidence of sexual dimorphism in coral reef-building species. Males (m), hermaphrodites (h), females (f), Eastern Tropical Pacific (ETP).



While inter-sexual differences may be more subtle in marine invertebrates (both clonal and unitary) than the conspicuous sexual dimorphism seen in many terrestrial animals (Berns, 2013), differences in mating strategies and the energetic cost of gametes (Parker, 1979) remain and should select for different trait optima between sexes (Parker, 1979; Levitan, 2008). In brooding gonochoristic corals, females both capture sperm for internal fertilization and, critically, brood larvae within their polyps, while males merely release sperm (Baird et al., 2009; Harrison, 2011). These differences may explain the divergent morphologies of their corallites (González-Espinosa et al., 2018). Meanwhile, in gonochoristic broadcast spawning corals, both sexes release their gametes and fertilization occurs externally (Baird et al., 2009; Harrison, 2011), with females freed of any larval care beyond provisioning eggs. This dissimilarity between reproductive mode could lead to different levels of sexual dimorphism in the corallites of reef-building species.

In modular plants, both morphology and integration of traits can differ between sexes (Barrett and Hough, 2013). As corals are modular organisms, sexual dimorphism could appear not only in the most fundamental unit of colony morphology (a single tentacled polyp and its underlying skeleton, the corallite) but also in the degree of integration among these units (Lasker et al., 2003; Shaish et al., 2007). The environment can induce morphological changes in colony architecture (phenotypic plasticity) (Todd, 2008) and in the integration between these traits (e.g., branch density and length, polyp aperture and distance between them), as seen in octocorals (Sánchez and Lasker, 2003; Sánchez et al., 2007) and scleractinian corals (Paz-García et al., 2015). Such integration of traits (modularity) has not been compared between sexes in corals.

Different reproductive modes carry different energetic costs among reef corals (Ward, 1995; Hall and Hughes, 1996), which in turn may lead to different levels of sexual dimorphism among reef-building species. In this study, we tested for sexual dimorphism in the corallite features and phenotypic modularity of two congeneric corals with separate sexes but different modes of reproduction: Porites lobata and P. panamensis. P. lobata is a broadcast spawner that shows sexual dimorphism in skeletal growth rates (Tortolero-Langarica et al., 2016; Table 1) but whose corallite morphology has not been previously tested for sexual dimorphism. Meanwhile, P. panamensis broods its larvae (Carpizo-Ituarte et al., 2011). Its corallites show sexual dimorphism in their diameter, density, and number of neighboring corallites (González-Espinosa et al., 2018) but the integration of these traits has not been analyzed before.



2 Materials and methods


2.1 Sample collection and sex identification

Porites lobata is one of the most abundant massive coral species in the eastern tropical Pacific (Glynn et al., 2017). We collected samples at Isla Isabel National Park in the central Mexican Pacific (Figure 1) in October 2013 (permission number: DGOPA.04552.040711.1798). All colonies (~70 cm in diameter size) were collected using a hammer and chisel from the same habitat at depths 3–5 m to minimize phenotypic differences caused by different light or flow microenvironments. We collected 18 colonies total: 12 males and 6 females. Species identification was based on visual taxonomical characteristics (Veron, 2000). P. lobata is a gonochoric broadcast spawner (Glynn et al., 1994; Neves, 2000) whose gametes mature throughout the year along the eastern Pacific (Glynn et al., 1994; Glynn et al., 2011). A small percentage of hermaphroditic colonies have been reported in Costa Rica (Glynn et al., 1994), although reproductive season and hermaphroditism have not been documented in Mexico.




Figure 1 | Study sites in the central Mexican Pacific. Black star denotes collection sites. Collection sites were Bahía de La Paz (LPZ) for P. panamensis and Isla Isabel National Park (IINP) for P. lobata. Colonies from P. panamensis were collected and described in previous study done by González-Espinosa et al (2018).



Colony sex was determined using the histological procedure of Cabral-Tena et al., 2013 and Tortolero-Langarica et al (2016). Briefly, two subsamples were used from each colony (previously collected in Tortolero-Langarica et al., 2016). One (~ 5 x 5 cm) was decalcified to obtain tissue, dehydrated, and stained using Masson’s trichrome protocol. Each colony was sexed by inspecting for the presence of oocytes or spermaries using a Zeiss AxioVision R1 microscope. The second fragment (~ 10 x 10 cm) was used for morphological analysis of the skeleton and its constituent corallites. Tissue was removed with 5% sodium hypochlorite to characterize their morphological traits.



2.2 Morphological traits and analysis of modularity


2.2.1 Morphological traits and comparison between sexes

Five morphological traits were selected for analysis (Table 2) based on their potential to delimit between Porites species (Brakel, 1977; Weil, 1992; Budd et al., 1994) and reveal sexual dimorphism in P. panamensis (González-Espinosa et al., 2018). A Nikon D5300 digital camera was used to capture images for corallite density (Figure 2A). Due to the small size of corallites of P. lobata (Figure 3C), high-resolution images were also obtained using a Hitachi S-3000N Scanning Electron Microscope (SEM). Those SEM images were used to measure morphological traits in 10 random corallites per colony (Figure 2B; Table 2). Previous studies done on extinct and extant Porites species have found an average from 5-10 corallites best represent the colony by tempering the variability among single corallites (Foster, 1986; Weil, 1992; López-Pérez, 2013; González-Espinosa et al., 2018; Tisthammer and Richmond, 2018). We selected only mature corallites and avoided the smallest corallites as they could be new corallites recently formed by extratentacular budding (Pichon, 2011) or broken corallites that would give imprecise measurements. Morphological traits were analyzed using ImageJ ver. 1.60 software (https://imagej.nih.gov/ij/ ) (Schindelin et al., 2015). Images were calibrated with a grid with standard dimensions. Statistical analyses were performed using colony means. After testing the data for normality (Kolmogorov–Smirnov test) and homogeneity of variances (Levene test), the Student’s t-test was used to determine trait differences between sexes in P. lobata.


Table 2 | Morphological traits descriptions used in this study.






Figure 2 | Morphological traits used to detect sexual dimorphism. (A) corallite density (CDe) (B) corallite diameter (CDi), number of adjacent corallites (AC), distance of adjacent corallites (DaC), and corallite area (CAr). Descriptions of each morphological trait are summarized in Table 2.






Figure 3 | Sexual dimorphism in morphological and corallite traits of Porites lobata corals (A, B). Mean values (± standard error) of male (blue) and female (red). Black dots represent the data points per colony. Numbers in parenthesis indicate the number of colonies. Significance level: t-test, * p < 0.05. Visual representation of corallites of P. lobata (C).



We performed a canonical discriminant analysis (CDA) comparing sexual dimorphism observed in P. lobata (this study) with data for P. panamensis (https://doi.org/10.5061/dryad.5d6sp) from González-Espinosa et al (2018). We performed a random partition of 50% of the total colonies of P. panamensis from the dataset to perform analysis with a similar sample size in both Porites species. We used four out of five morphological traits (corallite density, corallite diameter, distance of adjacent corallites, and number of adjacent corallites; Table 2) to perform the CDA. Corallite area was not used because it was not measured by González-Espinosa et al. (2018) All statistical analyses were conducted with STATISTICA 7 software (www.statsoft.com).



2.2.2 Analysis of modularity

The four morphological traits used in the CDA (Table 2: traits 1-4) were also used for the modularity analysis. Integration between morphological traits was analyzed using conditional independence tests and independence graphs (Magwene, 2001). This method reveals the interaction between two traits after removing the effect of other traits and provides insight into whether traits are evolving in a coordinated manner or independently. Due to the number of traits measured in each species, second-order partial correlation coefficients (PCC) for both Porites species were computed from log-transformed data. The PCC was estimated for each set of two variables, controlling for the remaining variables (two). The PCC analyses were performed using STATISTICA 7.

Weak trait interactions were removed from the model by statistically comparing the PCCs for edge exclusion deviance (Magwene, 2001). The strength of the interactions was calculated by the edge strength (Magwene, 2001; Paz-García et al., 2015). For this model, we used four categories to classify the strength of the interactions based on the edge strengths results: weak integration (0-0.2), regular integration (0.21-0.4), strong integration (0.41-0.6), and very strong (>0.6) integration between traits. A graphic model was constructed for each species and sex (2 species × 2 sex), resulting in 4 different models in total. The resulting graphical model represents morphological traits in nodes and integration among traits by lines. The edge strength was represented in the graphical model as followed: weak integration (thin dotted line), regular integration (thick dotted line), strong integration (thin continuous line), and very strong integration (thick continuous line). The modularity level in each graphical model will depend on the strength (line thickness) and the number of trait connections (lines) for each model.





3 Results


3.1 Corallite traits

We analyzed 49 colonies for the CDA and modularity analysis: 18 from Porites lobata (12 males, 6 females) and 31 from Porites panamensis (12 males, 19 females). In P. lobata, two morphological traits were significantly larger in male colonies than female colonies (Figure 3; Supplementary Table S1). Male colonies had larger corallite areas (by 17%; p = 0.047) and diameters (by 10%; p = 0.024) than females (Figure 3; Supplementary Table S1). For P. panamensis, González-Espinosa et al. (2018) found the opposite: females had wider corallite diameters than males (p = 0.020), while males had higher corallite density (p = 0.016) and number of adjacent corallites (p = 0.005).

Sexual dimorphism in corallite size was statistically supported for both species in the CDA (Wilk’s λ= 0.11596, F(12,111) = 11.676, p 0.0001, Figure 4, Supplementary Table S2). For the CDA, the first axis explained 86.1% of the variance and the second axis explained an additional 10.4% between the species and sexes (Figure 4). The CDA resulted in a correct classification rate above 66%, with an average of 77% for males and females from both species (Supplementary Table S3).




Figure 4 | Canonical discriminant analysis between Porites lobata and Porites panamensis morphological traits. Each symbol represents one colony. P. panamensis: Male (N= 12), Female (N= 19), P. lobata: Male (N= 12), Female (N= 6). CDe, corallite density; CDi, corallite diameter; AC, adjacent corallites; and DaC, distance of adjacent corallites.





3.2 Modularity

Patterns of modularity differed between sexes for both species (Figure 5; Supplementary Tables S4, S5). The distance between adjacent corallites (DaC) showed the highest level of integration between traits in all four models (Figure 5), while corallite density (CDe) also showed higher coordination between traits in both species (Figure 5). Female colonies showed higher trait integration (i.e., higher strength and number of trait connections) than male colonies in P. lobata, while P. panamensis showed the opposite pattern.




Figure 5 | Modularity differences between sexes of Porites lobata (A, B) and of Porites panamensis (C, D) Graphical models of the level of modularity of male (A, C) and female (B, D) colonies, where modularity is indicated by the number of trait connections (lines) and their strength (thicker=stronger coordination).



For P. lobata, while the number of integrated traits was similar between sexes (two integrated traits for males, three for females), the connections between traits were different (Figures 5A, B; Supplementary Table S4). Corallite density was integrated with adjacent corallites (AC) in both sexes, but the other associations varied between the sexes. Corallite density, the distance of adjacent corallites, and the number of adjacent corallites were the most integrated traits in female colonies, showing two connections (Figure 5B). In contrast, male colonies showed a unique connection between corallite diameter (CDi) and the distance of adjacent corallites (Figure 5A).

While females of P. lobata showed slightly higher integration than males, the pattern was reversed in P. panamensis, where males showed a higher integration of traits (4 connections between traits; Figure 5C, Supplementary Table S5) than females (1 connection between traits; Figure 5D, Supplementary Table S5). Corallite density and distance between adjacent corallites were the most integrated traits in both sexes (Figures 5C, D).




4 Discussion


4.1 Sexual dimorphism in corals

The broadcast spawning coral Porites lobata is sexually dimorphic both in corallite morphology and at the level of correlated change among corallite traits (Figures 3–4B, Supplementary Tables S1, S4, S6). Sexual dimorphism in scleractinians has been reported for corallite size in solitary corals (Kramarsky-Winter and Loya, 1998; Loya and Sakai, 2008; see Table 1), for skeletal growth, and for calcification rates (see Table 1), as well as for corallite morphology (González-Espinosa et al., 2018). In two gonochoric broadcast spawners from the family Fungiidae (Kramarsky-Winter and Loya, 1998; Loya and Sakai, 2008), small individuals are males whereas large individuals were females. In three massive Caribbean species (Mozqueda-Torres et al., 2018; Cruz-Ortega et al., 2020), skeletal growth rates are higher for male colonies than female colonies. Likewise, in the eastern Pacific, P. lobata (Tortolero-Langarica et al., 2016), P. panamensis (Cabral-Tena et al., 2013; Tortolero-Langarica et al., 2017), and the hermaphrodite broadcast spawner Pavona gigantea (Tortolero-Langarica et al., 2017) show sexual dimorphism in annual skeletal growth, all with faster growth in male colonies. Carricart-Ganivet et al. (2013) found differences between sexes in skeletal growth and density banding in Siderastrea siderea, although a more recent study on this same species employing smaller sample sizes (and at a different location) failed to reveal any differences (Benson et al., 2019).

Previous studies have suggested that female colonies may have less energy to invest in growth due to the high energetic cost of producing eggs (Hall and Hughes, 1996; Cabral-Tena et al., 2013. Males, in contrast, may be able to invest more energy in growth due to the lower energetic cost of sperm production. These previous studies (Table 1), along with our new results for corallite morphology, suggest that sexual dimorphism in corals may be common, regardless of phylogenetic lineage (seven genera), geographical location (Red Sea, East China Sea, Caribbean, and eastern Pacific) or spawning mode (broadcast spawner and brooder, this study), and that intersexual differences in corallite integration may facilitate plasticity that allows species to acclimate to different environmental conditions.



4.2 Sexual dimorphism in corallite size

Sexual dimorphism tied to corallite size operates differently in the broadcast spawner P. lobata (this study) than in its brooding congener P. panamensis (González-Espinosa et al., 2018). In P. lobata, corallite area was larger in male colonies than in female colonies (Figure 3; Supplementary Table S1). In contrast, P. panamensis showed larger corallites in female colonies compared to male colonies (González-Espinosa et al., 2018). Gamete production in different coral species is influenced by the number and size of gamete-producing mesenteries in each polyp, which in turn are limited by the space available inside a polyp (Hall and Hughes, 1996). As a result, a larger polyp in male or female (correlated with a larger corallite area) could increase fecundity (Hall and Hughes, 1996; Shlesinger et al., 1998; Leuzinger et al., 2003), as in other broadcast spawning invertebrates (Evans and Sherman, 2013). The patterns observed between species may be due to different constraints imposed on females in the two spawning modes. Broadcast spawning females produce far smaller eggs and there is no higher energy investment in larvae development within their polyps as brooders (Shlesinger et al., 1998; Glynn et al., 2017). If broadcast spawning females are already near their energetic limits of gamete production, there may be little selective pressure for larger female corallites, while larger male colonies may still be favored to increase sperm production to avoid low fertilization success due to sperm dilution (Oliver and Babcock, 1992). These could explain the differences between sexes in corallite size of P. lobata (Figure 3).

Corallite area has also been linked to trophic strategy, with variation in polyp size resulting from a trade-off between optimizing for autotrophy (small size) or heterotrophy (large size) (Conti-Jerpe et al., 2020). Porites species employ both autotrophic and heterotrophic nutritional sources (Palardy et al., 2005; Grottoli et al., 2006). A larger corallite area in males could enhance the capture of particulate organic matter and planktonic prey. Such heterotrophic nutrition sources, and the greater energy reserves they confer, may lead to a higher tolerance to bleaching when the autotrophic benefits of symbiosis are disrupted (Conti-Jerpe et al., 2020; Liu et al., 2022). As stressful warming events occur more frequently (Sully et al., 2019), future studies should test whether corallite size dimorphism results in physiological responses such as calcification rates and bleaching threshold between sexes.

The production of gametes is the most energetically costly physiological activity for corals, especially for female colonies (Hall and Hughes, 1996), sometimes limiting other processes such as skeletal extension and calcification (Cabral-Tena et al., 2013; Tortolero-Langarica et al, 2016; Tortolero-Langarica et al, 2017). While reproductive output increases with polyp size, the ratio of reproductive output to somatic tissue decreases with a higher polyp diameter (Leuzinger et al., 2003). Larger polyps require thicker skeletal elements for support, thereby reducing the space available for reproductive tissue (Leuzinger et al., 2003). Based on this inverse relationship and the high energetic cost of gamete production, if there is no selective pressure for female corals to increase their corallite size (as the pressure of larger sizes in female brooders), a reduced size in corallite size should be favored. Interestingly, the opposite trend has been observed in two solitary broadcast spawning fungiids, where females have larger polyps than males (Kramarsky-Winter and Loya, 1998; Loya and Sakai, 2008). Sexual size dimorphism can vary depending on different selective pressures as seen in P. panamensis (González-Espinosa et al., 2018). Further studies should bring more insight into sexual dimorphism in scleractinian corals.



4.3 Sexual dimorphism in corallite modularity

The integration of corallite traits in P. lobata was slightly higher for females than for males (Figures 4A, B; Supplementary Table S4). Integration may constrain the elements of a module (the corallite here) to evolve in concert due to directional selection on just one or a few traits in the module (Magwene, 2006; Villmoare, 2013; Klingenberg, 2014). Integration between corallite traits in P. lobata was much lower overall than in P. panamensis (Figure 5, Supplementary Tables S4, S5). Less integration, and thus weaker constraints, could allow for greater morphological plasticity in this broadcasting species (Klingenberg, 2014). Indeed, high morphological plasticity is characteristic of the corallites and whole colonies of P. lobata (Forsman et al., 2009). Intraspecific corallite variation is also high, showing differences between inshore and offshore colonies (Tisthammer and Richmond, 2018).

In contrast, in the brooding P. panamensis, corallite trait integration was lower in females than in males (Figure 4, Table S4). Each polyp in a female colony of P. panamensis can brood a single larva that can reach a diameter of 800 µm (Carpizo-Ituarte et al., 2011), potentially placing selective pressure on females to increase the internal space within each corallite to harbor larger larvae (González-Espinosa et al., 2018). Strong selection for larger corallites in females could alter the degree of integration of traits between colonies of different sexes and allow female colonies independence of trait change and greater morphological plasticity. Such plasticity could free them to vary their corallite structure depending on the environment (Todd, 2008) to cope with energetic constraints. This potential plasticity could include (1) increase in the size to accommodate larger larvae, (2) increase their energy supply by having a higher density of dinoflagellate algal symbionts, and (3) enable the polyps to feed on bigger particles. These hypotheses could be tested by measuring larvae size, Symbiodiniaceae density, and total lipid content and fatty acid composition as proxies for food uptake. Liu et al. (2022) tested two factors of the three proposed and found that corallite area increases the food uptake (i.e., higher levels of total lipid content and unsaturated fatty acids) but is not correlated with Symbiodiniaceae density in massive corals.

Sexual dimorphism in P. lobata and P. panamensis was supported by morphological and modularity analyses. Our findings also indicate that corallite diameter and area may be used to identify the sex of P. lobata colonies with modest accuracy. Due to this, these traits can potentially serve as target characteristics in other corals to better understand their reproductive biology. The distinct patterns of sexual dimorphism observed between reproductive modes (larger females in a brooder vs. larger males in a spawner) may be related to the different selective pressures that each sex faces.
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Global change is increasing seawater temperatures and decreasing oceanic pH, driving declines of coral reefs globally. Coral ecosystems are also impacted by local stressors, including microplastics, which are ubiquitous on reefs. While the independent effects of these global and local stressors are well-documented, their interactions remain less explored. Here, we examine the independent and combined effects of global change (ocean warming and acidification) and microplastics exposures on gene expression (GE) and microbial community composition in the endangered coral Acropora cervicornis. Nine genotypes were fragmented and maintained in one of four experimental treatments: 1) ambient conditions (ambient seawater, no microplastics; AMB); 2) microplastics treatment (ambient seawater, microplastics; MP); 3) global change conditions (warm and acidic conditions, no microplastics; OAW); and 4) multistressor treatment (warm and acidic conditions with microplastics; OAW+MP) for 22 days, after which corals were sampled for genome-wide GE profiling and ITS2 and 16S metabarcoding. Overall A. cervicornis GE responses to all treatments were subtle; however, corals in the multistressor treatment exhibited the strongest GE responses, and genes associated with innate immunity were overrepresented in this treatment. ITS2 analyses confirmed that all coral were associated with Symbiodinium ‘fitti’ and 16S analyses revealed similar microbiomes dominated by the bacterial associate Aquarickettsia, suggesting that these A. cervicornis fragments exhibited remarkably low variability in algal and bacterial community compositions. Future work should focus on functional differences across microbiomes, especially Aquarickettsia and viruses, in these responses. Overall, results suggest that when local stressors are coupled with global change, these interacting stressors present unique challenges to this endangered coral species.
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1 Introduction

Anthropogenic global change represents one of the greatest scientific challenges of our time. As atmospheric concentrations of carbon dioxide (CO2) continue to increase, the world’s ecosystems face unprecedented challenges from the resulting warming, sea level rise, and extreme weather events (Rosenzweig et al., 2008). The effects of global change are being documented across ecosystems, from declines in terrestrial plant diversity (Harrison, 2020) to shifts in species distributions (Cristofari et al., 2018). However, marine environments are faced with additional threats not present in terrestrial ecosystems (e.g., sea-level rise and ocean acidification), and these threats are especially pressing for tropical coral reefs (Hoegh-Guldberg and Bruno, 2010).

Coral reef ecosystems are experiencing major declines under global change stressors, especially ocean warming that causes the breakdown of the symbiosis between the coral host and dinoflagellate algae [family Symbiodiniaceae; (Muller-Parker et al., 2015; LaJeunesse et al., 2018)]. These declines are particularly evident across the Caribbean where reefs have experienced significant coral loss since the late 20th century, largely due to major disease outbreaks, overfishing leading to macroalgal blooms, and thermal stress events (Contreras-Silva et al., 2020; Bove et al., 2022b; Randazzo-Eisemann et al., 2022). In addition to warming, ocean acidification represents a significant challenge to reef-building corals that can lead to reduced growth rates, dissolution of existing reef framework, and reduced holobiont (animal host, algal symbionts, bacteria, viruses, etc.) physiology and metabolic rates (Anthony et al., 2008; Aichelman et al., 2021; Cornwall et al., 2021). While responses of corals under ocean acidification and warming can vary both within and across species (Bove et al., 2022a), it is clear these global stressors represent immediate threats to the future of coral reefs.

Along with changing oceanic conditions, coral reefs are susceptible to pollution via terrestrial input, which includes microplastics (Hall et al., 2015; Soares et al., 2020; Hankins et al., 2021; Oldenburg et al., 2021). Microplastics are small plastics, such as beads or fibers, smaller than 5 mm, that come from a variety of sources, including synthetic clothing and personal care products, that enter the waterways via runoff and wastewater treatment (Ivar do Sul and Costa, 2014). Microplastics are ubiquitous across coastal ecosystems, and pose risk to ecosystems via adsorbed chemical pollutants and novel microbiomes (Browne et al., 2011; Rochman et al., 2019). Microplastic particles have been found within coral gastrovascular cavities, suggesting corals ingest plastics (Hall et al., 2015; Hankins et al., 2018; Rotjan et al., 2019). Active ingestion of microplastic particles can reduce coral growth (Reichert et al., 2019; Hankins et al., 2021; Huang et al., 2021) directly via blockages of coral digestive cavities (Allen et al., 2017). Further, interaction with microplastics may impact the energetic budget of the coral, altering polyp behavior and feeding, impeding gamete fertilization success, and affecting the holobiont immune system and coral disease prevalence and susceptibility (Tang et al., 2018; Berry et al., 2019; Rotjan et al., 2019; Hankins et al., 2021; Huang et al., 2021). Passive surface interactions/surface adhesion with the plastics (Reichert et al., 2018) can cause abrasion and injury, increasing coral susceptibility to infection and disease (Page and Willis, 2008; Lamb et al., 2016). While the impacts of microplastics on corals are an active area of research, little is known about how this emerging stressor interacts with other stressors, especially ocean warming and acidification.

Of the work to date examining global change stressors and microplastics, results are variable and species dependent (Axworthy and Padilla-Gamiño, 2019; Huang et al., 2021). For example, recent work found that warming led to consistent reductions in fitness-related traits in corals, while microplastics resulted in mixed responses (Reichert et al., 2021). Similarly, another study found that microplastics had no effect on Symbiodiniaceae cell density under ambient or elevated temperatures (Plafcan and Stallings, 2022), suggesting that microplastics may represent a minor stressor when compared to warming. Little is known about the combined effects of ocean warming and microplastics on corals and even less work has explored how ocean acidification may interact with microplastic pollution to impact corals. Previous work in other marine invertebrates reports impaired immunity in adult mussels (Huang et al., 2022) and altered larval development in urchins (Bertucci et al., 2022) in response to microplastics and ocean acidification, suggesting that the interaction of these stressors may exacerbate coral stress.

One way to gain a more mechanistic understanding of how an organism is responding to a stressor is to profile their gene expression in response to multiple stressors [reviewed in Rivera et al., (2021)]. Currently, gene expression responses of corals to the combined effects of global change and microplastics remain underexplored. Corals have been shown to shuffle their algal symbionts in response to a variety of stressors (Ros et al., 2021; Rodriguez-Casariego et al., 2022), representing a potential acclimation strategy for corals under stress. In addition to their obligate, intracellular photosymbionts (Symbiodiniaceae), corals maintain diverse but specific microbiomes consisting of bacteria, archaea, fungi, viruses, and protists (Bourne et al., 2016; van Oppen and Blackall, 2019). Research has demonstrated that coral health and survival is mediated by their microbiomes (Glasl et al., 2016; Ziegler et al., 2017; Ricci et al., 2019), and that exposure to stressors is reflected in dysbiosis, or a microbiome-wide disturbance/shift in taxonomic composition (Zaneveld et al., 2016; Apprill, 2017; McDevitt-Irwin et al., 2017). Laboratory experiments have demonstrated the capacity of microplastic particles to transmit bacteria into corals via particle ingestion (Rotjan et al., 2019). Moreover, microplastics are known to harbor microbial biofilms that are taxonomically distinct [the “plastisphere”, (Zettler et al., 2013; Amaral-Zettler et al., 2020)] from those found in naturally occurring particles suspended in seawater, and bacteria associated with coral diseases have been detected on microplastic pieces (Goldstein et al., 2014; Feng et al., 2020). However, the implications of exposure to microplastics and microplastics-associated microbes on the composition and activity of the coral microbiome, including vectoring pathogens to corals, is not yet well understood.

Understanding how all of the members of the coral holobiont respond in highly endangered coral species, such as Acropora cervicornis, remains a top research priority given the current rates of coral decline (Miller et al., 2002; Schutte et al., 2010; Contreras-Silva et al., 2020). Caribbean A. cervicornis populations are experiencing dramatic declines and are the focus of major restoration efforts (Schopmeyer et al., 2017; Ware et al., 2020). Disease susceptibility in A. cervicornis appears to be mediated by host genotype, environment, and the microbiome (Klinges et al., 2020; Williams et al., 2022). The recently described “Candidatus Aquarickettsia rohweri” (hereafter, Aquarickettsia) (Klinges et al., 2019) is extremely widespread across Caribbean acroporids and can represent as much as 99% of the detected sequences in 16S-based studies (Klinges et al., 2020). Aquarickettsia appears to be parasitic to acroporids and is likely an indicator and determinant of disease susceptibility. Conversely, taxa from the genus Endozoicomonas appear to be significantly and directly correlated with disease resistance and resilience (Chu and Vollmer, 2016). After bleaching/thermal stress, Aquarickettsia abundance declines dramatically in the host, suggesting that disease is the indirect result of Aquarickettsia depletion of holobiont nutritional deficiencies, providing a niche for opportunistic pathogens during/following thermal stress (Klinges et al., 2020). Understanding how the microbiomes of these important reef-building corals are involved in holobiont response to stressors is an important consideration for informed conservation, restoration, and management (Ware et al., 2020).

Here, we reared fragments of Acropora cervicornis under projected global change (ocean acidification and warming), microplastic pollution, and their interaction for 22 days. We assessed responses of the holobiont to these stressors via coral gene expression profiling, Symbiodiniaceae community ITS2 metabarcoding, and microbiome community 16S metabarcoding. Overall, we hypothesized that the combined stressor treatment (ocean acidification, warming, and microplastics) would elicit the strongest responses by all holobiont members given that these stressors may interact to cause cellular disruption and limit heterotrophy through microplastic ingestion.



2 Materials and methods


2.1 Coral collection and experimental design

In June 2020, Nova Southeastern University staff collected nine putative Acropora cervicornis genotypes off coastal Fort Lauderdale, FL, USA from the Nova Southeastern University in situ coral nursery (Florida Fish and Wildlife Conservation Commission permit #SAL-19-2200A-SRP). These genotypes were maintained in outdoor tanks for one week in ambient conditions, after which they were transported to the University of North Carolina Wilmington. Fragments were acclimated to recirculating laboratory tank conditions (27.6–28.9 ˚C; 34–36 ppt salinity) for three months. Two weeks before the start of the experiment, four branches (~5 cm) from each genotype were glued to ceramic plugs, allowed to recover for one week, and then acclimated to individual experimental tanks for one week.

Coral fragments were randomly assigned to one of four experimental treatments (mean ± SD): 1) ambient treatment (AMB; temperature: 28.6 ± 0.03°C, pH: 8.07 ± 0.07), 2) microplastics treatment (MP; temperature: 28.6 ± 0.03°C, pH: 8.06 ± 0.06; 1.25 x 10-4 g/ml of microplastics), 3) ocean acidification and warming treatment (OAW; temperature: 30.1 ± 0.57°C, pH: 7.96 ± 0.08), and 4) multistressor treatment (OAW+MP; temperature: 30.1 ± 0.53°C, pH: 7.95 ± 0.11; 1.25 x 10-4 g/ml of microplastics) (Figure 1; see Supplemental Table S1 for details on seawater conditions at tank and treatment levels). Ambient seawater temperature and pH were based on oceanic averages in Fort Lauderdale, FL, while OAW conditions were intermediate predictions for 2075 following IPCC data (Shukla et al., 2019). One branch from each genotype (N=9) was placed in each treatment, resulting in a total of 36 samples. Each fragment was housed in its own non-recirculating 37.85-liter experimental tank that received frequent water changes and thus can be considered a true biological replicate.




Figure 1 | Experimental design to test the effects of ocean warming, acidification, and microplastics on the endangered coral Acropora cervicornis. Four fragments from each of six A. cervicornis genotypes that were used in downstream sequencing were assigned one of four experimental treatments: ambient conditions (AMB; blue), ocean acidification and warming (OAW; orange), microplastics (MP; dark blue), and OAW and MP (OAW+MP; red). Fragments were maintained individually in isolated tanks not depicted in this diagram. The dark blue rectangle (left) showcases two corals that were identified as clones via SNP calling from TagSeq gene expression data and the ^ symbol indicates the clone pair that was removed. The asterisk (*) indicates one gene expression library that was removed from downstream analysis due to low read counts.



The microplastic treatments were achieved by weighing out UV-fluorescent blue polyethylene microspheres in equal amounts of two different size classes (density: 1.13 g/cc, Cospheric, LLC; diameters: 180-212 µm and 355-425 µm) to obtain a concentration of 1.25 x 10-4 g ml-1 per tank. This microplastic concentration was selected based on previous studies to represent moderate microplastic exposure and two size classes were used to ensure the corals could ingest the plastics, which would make the treatment more ecologically relevant (Reichert et al., 2018). The microplastics were added to clean tripour containers within each experimental tank to allow the microplastics to acquire a biofilm over 48 hours before a single coral fragment was placed into each tripour container. The microplastics were then gently resuspended within the individual tripours three times a day using a turkey baster. All tripours were treated the same and this process was repeated throughout the experiment to maintain microplastic densities within each replicate.

Water temperature and pH were controlled using Neptune Systems’ Apex microcontrollers. Each tank contained a pH probe, temperature probe, and aquarium heater to control individual tank conditions. The OAW and OAW+MP tanks also each contained a tube for bubbling in CO2 to control the pH in these systems. The Neptune System allowed for precise control of individual tank parameters by modulating the aquarium heaters and the solenoids connected to the CO2 tubes to achieve desired treatment conditions. Fragments in OAW/OAW+MP treatments were acclimated by starting at 28.6°C and then raising the temperature by 0.5°C each day until 30.5°C was achieved. Similarly, the pH in OAW/OAW+MP treatments started at 8.05 and was reduced by 0.05 pH units each day until 7.94 was reached. Corals were maintained at these experimental conditions for 22 days while monitoring salinity, temperature, pH, and dissolved oxygen daily (Supplemental Figure 1 and Table S1). Ammonia, nitrate, phosphate, and alkalinity were also measured daily in two randomly selected experimental tanks, one ambient and one ocean acidification and warming. Lights were on a 12:12 light:dark schedule with a PAR of 195 μmol m2 S-1 that is similar to those recorded for waters across southeast Florida (Yates et al., 2019). All fragments were fed Reef-Roids coral food following manufacturer’s instructions (2 mL aliquots) three times weekly and 30% water changes were conducted for all tanks the day after feeding. Immediately following the 3-week experiment, tissue samples (1 cm) from each fragment were placed in cryovials, flash frozen in liquid nitrogen, and maintained at –80°C before being transported to Boston University for downstream analyses.



2.2 RNA isolation and TagSeq library preparation

Tissue samples were crushed with a razor blade and RNA was isolated using RNAqueous kits (ThermoFisher Scientific) following manufacturer instructions with the exception of eluting in 30 µl of elution buffer. DNA was then removed using DNA-free DNA Removal kits (ThermoFisher Scientific). Of the nine genotypes, the top six (Figure 1 and Supplemental Table S2) with the highest concentration and quality of RNA were normalized to 15 ng/µl. Normalized samples were sent to UT Austin’s Genome Sequencing and Analysis Facility, where TagSeq libraries were prepared following Meyer et al. (2011) and sequenced (single end 100 bp) on a NovaSeq 6000.



2.3 Identifying Acropora cervicornis clones

Acropora cervicornis is well-known for its ability to reproduce asexually via fragmentation (Tunnicliffe, 1981). To identify potential A. cervicornis clones in our dataset, we called single nucleotide polymorphisms (SNPs) from TagSeq reads. Briefly, 104.64 million raw reads were generated, with individual library counts ranging from 4.17 to 6.58 million reads per sample (mean = 5.23 million reads) (Supplemental Table S2). Fastx_toolkit removed 5’-Illumina leader sequences and poly(A)+ tails. Sequences <20bp in length with <90% of bases having quality cutoff scores <20 were also trimmed. In addition, because degenerate bases were incorporated during cDNA synthesis, PCR duplicates were removed from all libraries. After quality filtering 0.63 to 3.00 million reads remained (mean = 2.07 million) and these resulting quality filtered reads were mapped to the Acropora millepora genome (Fuller et al., 2020) using Bowtie2.2.0 (Langmead and Salzberg, 2012) (Supplemental Table S2). Resulting SAM files were converted to BAM files using samtools (Li et al., 2009). ANGSD (Korneliussen et al., 2014) calculated pairwise identity-by-state (IBS) matrices using a minIndDepth filter of five. IBS matrices were used as input to hclust(), which visualized relatedness of individuals and allowed for the identification and removal of clones. We note here that mapping was also conducted using the Acropora cervicornis transcriptome (Libro et al., 2013) and the A. cervicornis genome (Kitchen et al., 2019), however the transcriptome was found to contain symbiont data and the genome resulted in lower mapping efficiencies relative to the A. millepora genome. Given that results remained the same (e.g., clones were identified and similar overall gene expression patterns were observed), A. millepora has superior annotations, and Cooke et al. (2020) found high synteny among acroporids, we opted to move forward mapping to the A. millepora genome. When clones were detected, only one clonemate was maintained in downstream analyses of gene expression patterns (see Supplemental Table S2).



2.4 Read mapping, differential gene expression and gene ontology enrichment analysis

Reads were trimmed as described above and these reads were mapped to the Acropora millepora genome (Fuller et al., 2020) using Bowtie2 (Langmead and Salzberg, 2012). A custom Perl script (samcount.pl) was used to count the number of reads and the resulting raw counts file was then imported into R v. 3.4.2 (R Core Team (2017) for further analyses. Only samples representing clonemates from SNP analyses above and samples with < 400k counts were removed leaving 19 samples in downstream analyses. Differentially expressed genes (DEGs) were identified using DESeq2 v. 1.32.0 in R, with the model: design = ~ genotype + treatment. A contig was considered significantly differentially expressed if it had an FDR adjusted p-value < 0.1.

Data were rlog-normalized and effects of genotype and treatment on global gene expression profiles were tested using a PERMANOVA [adonis() function; vegan (Oksanen, 2007)] and visualized using principal components analysis (PCA) using Euclidean distances. An additional PCA was computed using only the top 1000 differentially expressed genes for experimental treatment based on raw p-values to further explore sample clustering when only the genes whose profiles were the most divergent were included.

Gene expression plasticity was then calculated using the first two principal component (PC) axes as the distance between a genotype’s gene expression in its treatment condition relative to its expression in ambient conditions using a custom function (Bove, 2022a). The effect of treatment on calculated distances (i.e., gene expression plasticity) was assessed using an analysis of variance (function aov) with treatment as a fixed effect. Genotype was not included in the model because it was accounted for in the PC distance calculations. Differences between treatment levels were tested using Tukey’s Honest Significant Differences (HSD) tests.

To determine whether global gene expression patterns showed enrichment of different gene ontology (GO) classes, the collection of scripts ‘GO_MWU’ from Wright et al. (2015) was used (https://github.com/z0on/GO_MWU). Here, the GO database (go.obo v.1.2) was used to test for enrichment of GO terms based on the ranked −log signed p-values of each gene. Gene ontology terms that were over-represented or under-represented were then visualized in a tree format that groups GO terms with other terms of similar function. All GO enrichment results for all treatment comparisons can be found on the github repository (https://github.com/daviessw/Acer_OAW-Microplastics); however only results of the double stressor treatment (OAW+MP) relative to ambient conditions (AMB) are described in detail here. Within this comparison, a heatmap of genes (raw p-value 0.10) assigned to GO terms associated with immunity was constructed using the R package pheatmap to illustrate gene expression patterns associated with OAW+MP.



2.5 ITS2 and 16S metabarcoding

DNA was extracted using an RNAqueous kit (ThermoFisher Scientific) as described above, except samples were not subjected to the DNA removal step. Internal transcribed spacer region 2 (ITS2) PCR amplification was performed using SYM_VAR_5.8S2 and SYM_VAR_REV primers (Hume et al., 2013; Hume et al., 2015) using the following PCR profile: 26 cycles of 95°C for 40 s, 59°C for 2 min, 72°C for 1 min and a final extension of 72°C for 7 min. A negative control was included and failed to amplify so it was not sequenced. PCR products were cleaned using the GeneJET PCR Purification kit (ThermoFisher Scientific) according to the manufacturer’s instructions with the exception of eluting in 30 µl of elution buffer. A second PCR was performed to dual-barcode samples before pooling, which was done based on the visualization of band intensity on a 1% agarose gel. After pooling, the sample was cleaned using the GeneJET PCR Purification kit (ThermoFisher Scientific) according to the manufacturer’s instructions with the exception of using 40 μl of elution buffer. 20 μl of the pool was run on a 2% SYBR Green gel, the target band was excised and placed in 30 μl of Milli-Q water overnight at 4°C before submission for sequencing as detailed below. The V4 region of the 16S rRNA gene was amplified via PCR using Hyb515f (Parada et al., 2016) and Hyb806R (Apprill et al., 2015) primers and the following PCR profile: 30 cycles of 95°C for 40 s, 63°C for 2 min, 72°C for 1 min and a final extension of 7 min. The same procedure as described above for the ITS2 samples was then followed, but with the addition of two negative controls using Milli-Q water which were included in sequencing submission. Concentrations of the ITS2 and 16S pools (via DeNovix DS-11+ Spectrophotometer) were used to combine the two pools in a 1:3 ratio, respectively. Libraries were sequenced on Illumina MiSeq (paired-end 250 bp) at Tufts Genomics Core Facility.

Demultiplexed reads were pre-processed using bbmap (Bushnell, 2014) to split ITS2 and 16S reads based on primers, while tossing reads that included neither primer. Resulting ITS2 reads were then analyzed by submitting paired fastq.gz files directly to SymPortal, which identifies specific sets of defining intragenomic ITS2 sequence variants (DIVs) to define ITS2 type profiles that are indicative of genetically differentiated Symbiodiniaceae taxa (Hume et al., 2019).

16S primers were removed using cutadapt (Martin, 2011), then DADA2 (Callahan et al., 2016) was used to conduct quality filtering and inference of 3,493 amplicon sequence variants (ASVs) (see Supplemental Table S3 to track reads lost through filtering). Taxonomy was assigned with DADA2 using the Silva v. 138.1 database (Quast et al., 2013) and National Center for Biotechnology Information’s nucleotide database using blast+ (Camacho et al., 2009). ASVs matching mitochondria, chloroplasts, or non-bacterial kingdoms were removed (216 total) and 5 ASVs were removed based on negative controls as contaminants [Decontam; (Davis et al., 2018)]. Cleaned counts were rarefied to 9,409 using vegan (Oksanen, 2007) and trimmed using MCMC.OTU (Wright et al., 2015) to remove ASVs present in less than 0.01% of counts, resulting in 260 ASVs across all 36 samples.

Beta diversity of the 16S trimmed counts based on treatment and genotype was assessed using a PCoA on Bray–Curtis dissimilarity [Phyloseq; (McMurdie and Holmes, 2013)] and a PERMANOVA [vegan; (Oksanen, 2007)]. We then calculated alpha diversity (Shannon index, Simpson’s index, ASV richness, and evenness) of the rarefied counts using Phyloseq [function estimate_richness(); (McMurdie and Holmes, 2013)]. Finally, to test for differences in background 16S communities, we removed all ASVs from the dominant genus MD3-55 [Candidatus Aquarickettsia rohweri, referred now as “Aquarickettsia”; (McMurdie and Holmes, 2013; Klinges et al., 2019)] and performed the same beta and alpha diversity assessments. All ITS2 and 16S data, figures, and analyses were completed in R [version 3.6.3; (R Core Team, 2020) and can be found on GitHub (https://github.com/seabove7/acer_microplastics; (Bove, 2022b)].




3 Results


3.1 Identification of coral genotypes

A total of 4,018 SNPs were identified and of the six putative genotypes that were sequenced, one pair of clones was identified (G10a and G12) (Supplemental Figure 2). Thus, genotype G12 samples from each of the four experimental treatments were removed to retain only one representative clone (genotype G10a) in each treatment (Supplemental Table S2).



3.2 All coral fragments are dominated by the algal symbiont Symbiodinium ‘fitti’

Raw ITS2 counts before submission to SymPortal ranged from 4,684 to 613,872 per sample, with a mean of 169,246. After classification by SymPortal, ITS2 counts ranged from 730 to 121,515 per sample across all 36 samples with mean 32,774 counts. All coral fragments hosted Symbiodinium ‘fitti’ (ITS2 type A3) with 44% (N=16) hosting small background amounts (less than 5%) of Breviolum minutum (ITS2 type B2) (Figure 2).




Figure 2 | Relative abundance of major ITS2 types across each sample grouped by treatment. Light grey represents Symbiodinium ‘fitti’ (A3) and dark grey represents Breviolum minutum (B2).





3.3 Double stressor treatment elicits strongest gene expression plasticity

A total of 20 samples were sequenced, which resulted in a total of 104.6 million reads, 41.4 million of which remained after trimming, and 13.9 million of which mapped successfully to the A. millepora reference genome. One sample - genotype G2, from the OAW treatment - was removed from the dataset due to low counts (166,828 total; Supplemental Table S2). Mean counts across samples after outlier removal was 661,358.

Pairwise comparisons between each stressor (MP, OAW, OAW+MP) and ambient conditions (AMB) showcased that individuals in the double stressor (OAW + MP) treatment had the highest number of differentially expressed genes (DEGs) (83 up, 60 down), followed by microplastics (48 up, 9 down) and then OAW (18 up, 18 down) with relatively few genes overlapped between treatments (pFDR<0.10, Supplemental Figure 3). A principal component analysis (PCA) on all rlog-transformed counts found that there was no overall effect of treatment on A. cervicornis gene expression; however, there was a significant effect of genotype on overall expression patterns (Figure 3A; pGENOTYPE<0.001). A PCA of the top 1,000 DEGs showcased stronger clustering by experimental treatment and the effect of genotype remained significant (Figure 3B; pGENOTYPE<0.001, pTREATMENT<0.001). This second PCA also showcased that the double stressor (OAW+MP) had the strongest effect on gene expression, which corroborated the numbers of observed DEGs. A gene expression plasticity analysis confirmed this pattern, which showcased a significant effect of treatment on gene expression plasticity (pTREATMENT=0.041), with the OAW+MP treatment exhibiting the highest plasticity (Figure 3C). However, these differences in plasticity between corals in the OAW+MP treatment relative to corals in the OAW and MP treatments were only marginally significant after multiple test correction (OAW+MP~MP, p=0.07; OAW+MP~OAW, p=0.06).




Figure 3 | Transcriptomic responses to local and global stressors in Acropora cervicornis. (A) Principal component analysis (PCA) of rlog-transformed counts for all genes and, (B) the top 1000 differentially expressed genes by treatment in DESeq2. PERMANOVA results for the effect of genetic background (genotype) and treatment are included. (C) Gene expression (GE) plasticity +/- standard deviation (SD) estimates calculated from PC distances from (B) where each point is the distance that genotype moved from its ambient fragment (AMB) in PC space.





3.4 Corals exhibit mixed functional responses to single stressor treatments

Gene ontology enrichment analysis between microplastics (MP) relative to ambient conditions (AMB) revealed underrepresentation of oxidoreductase (GO: 0016491), suggesting down regulation of stress response in corals in MP treatment. In addition, overrepresentation of GO terms associated with ribosomal processes was observed including structural constituent of ribosome (GO:0003735) and large ribosomal subunit (GO:0015934), suggesting upregulation of terms associated with increased growth under the presence of microplastics.

In response to OAW, we observed an enrichment of regulation of defense response to virus (GO:0050688), terms associated with amino acid catabolism (aromatic amino acid family catabolic process (GO:0009074), cellular amino acid catabolic process (GO:0009063) and alpha-amino acid catabolic process (GO:1901606)), and two terms associated with stress response (chaperone-mediated protein folding (GO:0061077) and unfolded protein binding (GO:0051082)). In addition, we observed downregulation of processes associated with sensory detection including detection of stimulus (GO:0051606), sensory perception (GO:0007600), and cognition (GO:0050890). Lastly, several GO terms associated with synapse were down regulated including synapse (GO:0045202), synaptic membrane (GO:0097060), and cell junction (GO:0030054). All resulting GO trees from these single stressor treatments can be found on the accompanying GitHub repository (https://github.com/daviessw/Acer_OAW-Microplastics).



3.5 Enrichment of immune-related functions under multiple stressors

Gene ontology enrichment analysis between our double stressor (OAW+MP) relative to ambient conditions (AMB) revealed many significantly enriched GO terms within ‘Biological processes’, of which the OAW+MP-enriched categories were dominated by GO terms associated with immunity (green box, Supplemental Figure 4). These enriched GO terms included: regulation of defense response to virus by host (GO:0050691), activation of innate immune response (GO:0002218), regulation of immune effector process (GO:0002697), NIK/NF-kappaB signaling (GO:0038061), regulation of cytokine production (GO:0001819), suggesting that the combined stressor elicited an upregulation of innate immunity in the coral host. When a heatmap was made of all genes belonging to these 30 GO terms that met our alpha cut-off (unadjusted p-value < 0.10), strong differences in gene expression were observed between corals in OAW+MP relative to those in AMB treatments (Figure 4). Of particular interest, many classic stress response genes were upregulated in OAW+MP relative to AMB including: superoxide dismutase, two heat shock proteins, several ubiquitin genes, tumor necrosis factors/receptors, a proto-oncogene, and several genes associated with apoptosis (bcl2-like 1) and response to cytokines (p38 map kinase).




Figure 4 | Differentially expressed genes (DEGs, unadjusted p-value < 0.10) with annotations associated with immunity gene ontology (GO) terms from Supplemental Figure 4 (green box). Heatmap showing annotated immunity genes where each row is a gene and each column is a unique gene expression sample. The color scale is in log2 (fold change relative to the gene’s mean) and genes and samples are clustered hierarchically based on Pearson’s correlation of their expression across samples. Colored blocks indicate treatment. Hierarchical clustering of libraries (columns) demonstrates strong differences in gene expression of immunity genes by treatment condition.





3.6 Acropora cervicornis microbiomes dominated by order Rickettsiales

Cleaned 16S reads before trimming and rarefaction averaged 42,577 ± 25,010 ( ± SD) per sample across all A. cervicornis samples with a minimum of 9,409 (Sample 11 A - 1) and a maximum of 107,941 (Sample 10a C - 1). Fragments were dominated by taxa from the phylum Proteobacteria (Figure 5A), which was dominated by a single ASV (Genus MD3-55; “Candidatus Aquarickettsia rohweri”) within the order Rickettsiales (Figure 5B; see Supplemental Figure 5). This dominant ASV was a 100% match to the published 16S rRNA sequence for the putative bacterial parasite “Ca. Aquarickettsia rohweri” (hereafter, Aquarickettsia) (Klinges et al., 2019) that is common in A. cervicornis across the Caribbean (Godoy-Vitorino et al., 2017; Williams et al., 2022).




Figure 5 | Acropora cervicornis bacterial (16S) relative abundance across fragments and experimental treatments. Diversity at the phylum level (A) depicts dominance of all samples by taxa from Proteobacteria and this (B) phylum was dominated by the order Rickettsiales in most samples. Bacterial diversity color was assigned alphabetically, not based on abundance. Beta diversity was visualized through (C) multivariate ordination plots (PCoA) of between-sample Bray–Curtis dissimilarity of rarefied ASVs of all taxa and (D) distance to treatment centroids. PCoA ellipses depict 95% confidence intervals and p-values indicate significance of treatment and genotype. Treatment is depicte-d by color in all panels: light blue = ambient conditions (AMB), dark blue = ocean acidification and warming (OAW), orange = microplastics (MP), and red = OAW and MP (OAW+MP).



Beta diversity analyses did not identify any statistical differences across samples based experimental treatment or genotype (Figures 5C, D and Supplemental Table S4). Similarly, alpha diversity was indistinguishable across treatments (Supplemental Figure 6 and Table S5). After removing Aquarickettsia from all samples to assess background bacterial communities, there were still no differences in alpha or beta diversity across treatments or genotypes (Supplemental Figure 7 and Table S6).




4 Discussion


4.1 Microplastics alone do not drive strong gene expression responses in Acropora cervicornis

Tropical coral reef ecosystems are facing extraordinary challenges from both local and global stressors that are altering their function (Eddy et al., 2021). On the local scale, pollution in the form of microplastics may threaten the health and physiology of reef-building corals (Soares et al., 2020; Nanthini devi et al., 2022). While there is evidence that corals ingest microplastics, which can lead to a variety of physiological responses (Hall et al., 2015; Rotjan et al., 2019), here we detected only a muted gene expression response in A. cervicornis exposed to microplastics. In fact, overall gene expression profiles were indistinguishable between the ambient and microplastics treatments, and an effect of microplastics was only apparent when looking at the expression of top 1,000 genes. This result corroborates previous work reporting negligible effects of microplastics on coral physiology, bleaching susceptibility, and mortality (Reichert et al., 2021; Plafcan and Stallings, 2022) and supports the hypothesis that corals that rely more heavily on heterotrophy may be more impacted by microplastic pollution.

Recent studies have considered the physiological impact of microplastics on tropical corals at the molecular level. These studies, conducted on the tropical coral Pocillopora damicornis (Tang et al., 2018) and the habitat-forming octocoral Corallium rubrum (Corinaldesi et al., 2021), report evidence of elevated stress response after exposure to microplastics in as little as a few hours. In contrast, we identified enrichment of GO terms associated with growth (structural constituent of ribosome, large ribosomal subunit) and an underrepresentation of terms associated with stress response (oxidoreductase). Our gene expression results suggest that A. cervicornis is not exhibiting signs of molecular stress after a 3-week exposure to microplastics, and that these corals may actually be growing more compared to those reared under ambient conditions. It should be noted, however, that the enrichment of growth GO terms in response to microplastics may be due to other compensatory mechanisms, such as increasing photophysiology as a way to counteract declining coral host energy reserves (Reichert et al., 2019; Lanctôt et al., 2020). While we did not quantify photophysiology or gene expression of the algal symbionts in this study, it is possible that algae associated with corals in the microplastic treatment may have exhibited enriched photophysiology, which may have led to the enrichment of molecular signatures of growth. However, it is possible that a longer-term exposure to microplastics may have eventually led to signs of physiological stress (Reichert et al., 2019). While these contrasting results may be due to experimental design differences (microplastic concentration and size, type of microplastics, duration, etc.), it is more likely due to species-specific responses (Hankins et al., 2021; Mendrik et al., 2021). Previous work on A. cervicornis suggests that exposure to microplastics in the presence of warming does not impact bleaching, likely because this species may not ingest the microplastics under otherwise ideal conditions (Plafcan and Stallings, 2022). Instead, A. cervicornis relies on photosynthetically-derived carbon from its algal symbionts as the primary source of nutrition rather than heterotrophy, thus avoiding the potential pitfalls of microplastics ingestion observed in other coral species that are largely heterotrophic (Reichert et al., 2019; Rotjan et al., 2019; Hankins et al., 2021; Mendrik et al., 2021). Overall, we recommend that future work incorporate additional physiological assessments along with coral host and algal symbiont molecular responses to disentangle the role that nutritional source (i.e., dependence on heterotrophy vs. autotrophy) serves in coral physiological response to microplastic pollution.

While these findings suggest that microplastics exposure alone does not elicit a severe stress response in A. cervicornis, it is unclear whether prolonged exposures may eventually impact the host (Hankins et al., 2021) and their algal symbionts (Lanctôt et al., 2020; Ripken et al., 2020). Further, microplastic pollution is occurring alongside global stressors (Soares et al., 2020), including widespread shifts in the microbial landscape of seawater (Cavicchioli et al., 2019) and increased prevalence of pathogens and disease across the Caribbean (van Woesik and Randall, 2017). Because microplastics have been shown to be a vehicle for microbial transmission into a corals (Rotjan et al., 2019), there is emerging concern for microplastics pollution in combination with increased pathogen exposure that has long been a predicted component of global change (Cavicchioli et al., 2019).



4.2 Global change treatment elicits subtle stress signatures

Along with local concerns, global stressors, such as ocean acidification and warming, are contributing to the wide-scale degradation of coral reef ecosystems. Like its response to microplastics, A. cervicornis in the ocean acidification and warming (OAW) treatment exhibited similar overall gene expression profiles to those in the ambient treatment and only gene expression profiles of the top 1,000 genes resulted in a clear response. This subtle response to OAW in A. cervicornis is surprising since this species is known to be sensitive to these global stressors (Enochs et al., 2014; Towle et al., 2015b; Kaufman et al., 2021; Muller et al., 2021). These contrasting results may be due to different experimental design considerations across studies (Bove et al., 2020), especially given that the heat stress temperature employed here (~30.5 ˚C) was lower than most other warming studies. However, there is also significant genetic variation within A. cervicornis (Drury et al., 2017; Million et al., 2022), thus it is also possible that the genotypes used in this study were particularly resistant. Alternatively, these corals are already exposed to warmer seawater conditions where they were collected compared to other Caribbean reefs (Muñiz-Castillo et al., 2019; Bove et al., 2022b), suggesting the potential for acclimatization to elevated temperatures.

While we only observed minor gene expression differences in A. cervicornis reared in the OAW treatment, these shifts were associated with an enrichment of stress-related GO terms. For example, corals in OAW treatment exhibited enrichment of GO terms linked to protein folding and protein binding, which have been reported previously in heat-stressed corals in situ (Ip et al., 2022). This pattern was accompanied by enrichment of terms associated with amino acid catabolism, suggesting A. cervicornis may have mediated physiological stress through protein catabolism (Davies et al., 2016; Aguilar et al., 2019; Rädecker et al., 2021). While we did not assess host or symbiont physiological traits along with these gene expression profiles, it is likely that the growth and/or energy reserves may have been impacted as a result of treatment conditions (Aichelman et al., 2021; Scucchia et al., 2021; Bove et al., 2022a).

Most interestingly, we identified enrichment of GO terms associated with defense against viruses. Previous work has suggested that corals become more susceptible to infection when water temperatures increase (Bruno et al., 2007). Indeed, patterns of Caribbean coral disease have become more prevalent in recent decades (Randazzo-Eisemann et al., 2022) and population declines of A. cervicornis have been specifically linked to increases in disease associated with seawater temperature increases (Muller et al., 2018; Goergen et al., 2019). While the temperature stress applied here was not high enough to induce a classic heat stress response, it suggests that even subtle increases in temperature may make this species of coral more susceptible to infection.



4.3 Global change stressors interact with microplastics to invoke an immune response

Ecological stressors can interact to pose further threats to marine organisms that may not be accounted for when assessing responses to stressors independently (Darling and Côté, 2008; Ellis et al., 2019). Indeed, our multistressor treatment (ocean acidification, warming, and microplastics; OAW+MP) resulted in the strongest gene expression response, suggesting that microplastic pollution may interact with ocean acidification and warming to elicit a more severe molecular response. This strong response to multiple stressors is commonly observed in coral (Coles and Jokiel, 1978; Reynaud et al., 2003; Courtial et al., 2017; Muller et al., 2021) and has been reported previously in studies assessing gene expression as well (Ogawa et al., 2013). The observed response of A. cervicornis to the multistressor treatment in this study may be due to the corals experiencing physiological stress from the acidification and warming exposure (i.e., bleaching), which then led to an increase in reliance on heterotrophy to meet their energetic needs (Ferrier-Pagès et al., 2010; Towle et al., 2015a). This increased heterotrophy in turn may have resulted in the corals consuming more microplastics that do not contribute nutritional value to the coral host, thus furthering the energetic deficit and potentially making them more susceptible to harmful pathogens (Mendrik et al., 2021). While it is unlikely that global change and microplastic pollution are directly interacting, the physiological mechanisms employed by corals in response to these single stressors likely lead to a more severe physiological response.

Here, we identified GO terms enriched in the multistressor treatment related to response to viruses and innate immunity, indicating these stressors may invoke an immune response by the coral. Interestingly, a similar response was observed in OAW alone, however, to a lesser extent, suggesting that the presence of microplastics magnified this stress response. While no studies to date have assessed gene expression responses in corals to the stressors together tested here, previous work in the marine mussel, Mytilus coruscus, exposed to ocean acidification and microplastics identified signals of a repressed immunity that may lead to higher disease susceptibility (Huang et al., 2022). Further, gene expression patterns consistent with an upregulation of immune stress response were reported in the brine shrimp Artemia franciscana exposed to microplastics and warming (Han et al., 2021). This is particularly interesting because Artemia is also frequently used as a nutrition source in coral experiments, including microplastic ingestion experiments (Hall et al., 2015; Axworthy and Padilla-Gamiño, 2019; Lanctôt et al., 2020), potentially altering the nutritional value of the Artemia and impacting coral health. Overall, these results suggest that the combination of global change stressors and microplastics will likely lead to suppressed immunity in corals in tandem with higher disease transmission associated with warming (Randazzo-Eisemann et al., 2022) and microplastic pollution (Rochman et al., 2019; Rotjan et al., 2019).



4.4 Acropora cervicornis microbial communities dominatedby Aquarickettsia

Similar microbiome compositions were observed across the four treatment conditions. A total of 31 of the 36 fragments were high-Aquarickettsia (i.e., greater than 50% dominance), with relative abundances ranging from 17.5% up to 98.8% of the total sequence reads. This sequence dominance in A. cervicornis microbiomes is not uncommon and has been documented in this species in the Florida Keys and throughout the Caribbean (Baker et al., 2022), although previous work has also showcased variation among individual genotypes (Aguirre et al., 2022). Even when Aquarickettsia-affiliated ASVs were removed from analysis, microbiome composition did not significantly differ across treatments. Importantly, the microbiome composition of these corals before collection from the wild is unknown, therefore we cannot determine if the universally high Aquarickettsia levels were a result of captivity muting microbiome signatures (Galand et al., 2018). Future work leveraging experiments on individuals representing a larger number of host genotypes and previously identified as high-Aquarickettsia and low-Aquarickettsia (e.g., (Aguirre et al., 2022)) may further clarify factors that drive differential coral vulnerability to microplastics, acidification, and warming, especially since low-Aquarickettsia individuals exhibit higher resistance to disease, relative to high-Aquarickettsia individuals (Klinges et al., 2022).

Genes implicated in the coral immune response were upregulated in response to the OAW and multistressor treatment, suggesting that some sort of external stimulus triggered this response. Microbiome taxonomic profiling did not reveal significant differences in microbiomes across treatments, so we suggest that further research should investigate the transcriptomic and metabolomic responses of the bacterial and viral fractions across these stressors. For example, it is possible that while Aquarickettsia remained dominant, it may have differentially regulated genes in response to OAW conditions and/or OAW+MP. Alternatively, the immune response may reflect host response to physical injury/insult by contact with the plastics (van de Water et al., 2015), but not necessarily microbial infection.

Another potential explanation for the observed immune response is a host response to viruses. Indeed, GO categories consistent with a viral response were enriched in OAW+MP treatments (i.e., cellular response to virus). Coral viromes have been implicated in directing holobiont response to environmental stress (Thurber and Correa, 2011; Leruste et al., 2012; Nguyen-Kim et al., 2015; Thurber et al., 2017). It is thought that viruses may play a role in coral bleaching under thermal stress through host lysis of algal symbiont cells that precedes bleaching signals (Lawrence et al., 2014; Grupstra et al., 2022). Additionally, previous work has demonstrated increased expression of anti-viral transcripts in hosted algal symbionts (Cladocopium, formerly Clade C) in response to thermal stress (Levin et al., 2017). Taken together, it is possible that the A. cervicornis immune response may suggest a virally driven response that precedes the classic bleaching response (Barshis et al., 2013; Dixon et al., 2020).There is also evidence that microplastics and the microbial plastisphere can facilitate survival of certain viruses (Moresco et al., 2021). It is plausible that increased levels of virus-coral interactions could elicit a host immune response, if not also facilitate viral infection of coral cells (Bowley et al., 2021; Loiseau and Sorci, 2022).

We recommend that future work investigating the effects of microplastic pollution on reef-building corals, especially in combination with global change stressors, specifically target the viral dynamics and diversity in the seawater relative to those associated with the coral holobiont. Additionally, assessing the microbiome and virome at several time points throughout stress challenge, coupled with holobiont gene expression and metabolome profiles, will be crucial for understanding the timeline and underlying causes of potential assemblage shifts that inform holobiont phenotypes. Overall, our results highlight the importance of applying multi-omic approaches to better understand the consequences of local and global stressors on reef-building corals.




Data availability statement

The original contributions presented in the study are publicly available. This data can be found here: NCBI PRJNA888134 and GitHub https://github.com/seabove7/acer_microplastics & https://github.com/daviessw/Acer_OAW-Microplastics.



Author contributions

SS, NF, and SD conceived the research. SS and NF conducted the experiment. KG, NK, AKH, AMH, and CB performed molecular lab work. KG, NK, and SD completed the gene expression analyses. CB, AKH, and AMH completed the 16S and ITS2 analyses. CB and KS interpreted the 16S analyses. CB, KG, and SD wrote the manuscript with help from all co-authors. Funding acquisition, project administration, and resources was led by SD, NF, and SS. All authors contributed to the article and approved the submitted version.



Funding

Funding for this project was facilitated by Boston University (BU) Biology Department start-up funds to SD and by keystone project funds to KG from BU’s Kilachand Honors College. CB was funded through a BU Microbiome Initiative Accelerator grant. Funding for the experimental portion was supplied to NF by the UNCW College of Arts and Sciences Research Initiative Award and SS by the Explorers Club. KS was supported by the Institutional Development Award (IDeA) Network for Biomedical Research Excellence from the National Institute of General Medical Sciences of the National Institutes of Health under grant number P20GM103430.



Acknowledgments

All computational work was conducted on Boston University’s Shared Computing Cluster (SCC). We thank the numerous UNCW undergraduate students and graduate students, Chad Campbell, Reanna Jeanes, and Bryce Corbett for assisting with the experimental portion. Thank you to Nova Southeastern University staff, particularly Dave Gilliam and his lab for collecting the coral and Joana Figueiredo and her lab for quarantining the corals used in this experiment. Thank you to Florida Fish and Wildlife Conservation Commission for providing permit #SAL-19-2200A-SRP for this collection. We thank two reviewers for their helpful feedback during the review process.



Conflict of interest

The authors declare that the research was conducted in the absence of any commercial or financial relationships that could be construed as a potential conflict of interest.



Supplementary material

The Supplementary Material for this article can be found online at: https://www.frontiersin.org/articles/10.3389/fmars.2022.1037130/full#supplementary-material



References

 Aguilar, C., Raina, J.-B., Fôret, S., Hayward, D. C., Lapeyre, B., Bourne, D. G., et al. (2019). Transcriptomic analysis reveals protein homeostasis breakdown in the coral acropora millepora during hypo-saline stress. BMC Genomics 20, 148. doi: 10.1186/s12864-019-5527-2

 Aguirre, E. G., Million, W. C., Bartels, E., Krediet, C. J., and Kenkel, C. D. (2022). Host-specific epibiomes of distinct acropora cervicornis genotypes persist after field transplantation. Coral Reefs 41, 265–276. doi: 10.1007/s00338-022-02218-x

 Aichelman, H. E., Bove, C. B., Castillo, K. D., Boulton, J. M., Knowlton, A. C., Nieves, O. C., et al. (2021). Exposure duration modulates the response of Caribbean corals to global change stressors. Limnol. Oceanogr. 66, 3100–3115. doi: 10.1002/lno.11863

 Allen, A. S., Seymour, A. C., and Rittschof, D. (2017). Chemoreception drives plastic consumption in a hard coral. Mar. pollut. Bull. 124, 198–205. doi: 10.1016/j.marpolbul.2017.07.030

 Amaral-Zettler, L. A., Zettler, E. R., and Mincer, T. J. (2020). Ecology of the plastisphere. Nat. Rev. Microbiol. 18, 139–151. doi: 10.1038/s41579-019-0308-0

 Anthony, K. R. N., Kline, D. I., Diaz-Pulido, G., Dove, S., and Hoegh-Guldberg, O. (2008). Ocean acidification causes bleaching and productivity loss in coral reef builders. Proc. Natl. Acad. Sci. U. S. A. 105, 17442–17446. doi: 10.1073/pnas.0804478105

 Apprill, A. (2017). Marine animal microbiomes: Toward understanding host–microbiome interactions in a changing ocean. Front. Mar. Sci. 4. doi: 10.3389/fmars.2017.00222

 Apprill, A., McNally, S., Parsons, R., and Weber, L. (2015). Minor revision to V4 region SSU rRNA 806R gene primer greatly increases detection of SAR11 bacterioplankton. Aquat. Microb. Ecol. 75, 129–137. doi: 10.3354/ame01753

 Axworthy, J. B., and Padilla-Gamiño, J. L. (2019). Microplastics ingestion and heterotrophy in thermally stressed corals. Sci. Rep. 9, 18193. doi: 10.1038/s41598-019-54698-7

 Baker, L. J., Reich, H. G., Kitchen, S. A., Grace Klinges, J., Koch, H. R., Baums, I. B., et al. (2022). The coral symbiont candidatus aquarickettsia is variably abundant in threatened Caribbean acroporids and transmitted horizontally. ISME J. 16, 400–411. doi: 10.1038/s41396-021-01077-8

 Barshis, D. J., Ladner, J. T., Oliver, T. A., Seneca, F. O., Traylor-Knowles, N., and Palumbi, S. R. (2013). Genomic basis for coral resilience to climate change. Proc. Natl. Acad. Sci. U. S. A. 110, 1387–1392. doi: 10.1073/pnas.1210224110

 Berry, K. L. E., Epstein, H. E., Lewis, P. J., Hall, N. M., and Negri, A. P. (2019). Microplastic contamination has limited effects on coral fertilisation and larvae. Diversity 11, 228. doi: 10.3390/d11120228

 Bertucci, J. I., Juez, A., and Bellas, J. (2022). Impact of microplastics and ocean acidification on critical stages of sea urchin (Paracentrotus lividus) early development. Chemosphere 301, 134783. doi: 10.1016/j.chemosphere.2022.134783

 Bourne, D. G., Morrow, K. M., and Webster, N. S. (2016). Insights into the coral microbiome: Underpinning the health and resilience of reef ecosystems. Annu. Rev. Microbiol. 70, 317–340. doi: 10.1146/annurev-micro-102215-095440

 Bove, C. (2022a). RandomFun: Plasticity function. doi: 10.5281/zenodo.5961964

 Bove, C. (2022b). Data and code: Exposure to global change and microplastics elicits an immune response in an endangered coral (Version 1.0.0). doi: 10.5281/zenodo.7396265

 Bove, C. B., Davies, S. W., Ries, J. B., Umbanhowar, J., Thomasson, B. C., Farquhar, E. B., et al. (2022a). Global change differentially modulates Caribbean coral physiology. PloS One 17, e0273897. doi: 10.1371/journal.pone.0273897

 Bove, C. B., Mudge, L., and Bruno, J. F. (2022b). A century of warming on Caribbean reefs. PloS Climate 1, e0000002. doi: 10.1371/journal.pclm.0000002

 Bove, C. B., Umbanhowar, J., and Castillo, K. D. (2020). Meta-analysis reveals reduced coral calcification under projected ocean warming but not under acidification across the Caribbean sea. Front. Mar. Sci. 7. doi: 10.3389/fmars.2020.00127

 Bowley, J., Baker-Austin, C., Porter, A., Hartnell, R., and Lewis, C. (2021). Oceanic hitchhikers - assessing pathogen risks from marine microplastic. Trends Microbiol. 29, 107–116. doi: 10.1016/j.tim.2020.06.011

 Browne, M. A., Crump, P., Niven, S. J., Teuten, E., Tonkin, A., Galloway, T., et al. (2011). Accumulation of microplastic on shorelines woldwide: Sources and sinks. Environ. Sci. Technol. 45, 9175–9179. doi: 10.1021/es201811s

 Bruno, J. F., Selig, E. R., Casey, K. S., Page, C. A., Willis, B. L., Harvell, C. D., et al. (2007). Thermal stress and coral cover as drivers of coral disease outbreaks. PloS Biol. 5, e124. doi: 10.1371/journal.pbio.0050124

 Bushnell, B. (2014) BBMap: A fast, accurate, splice-aware aligner (Berkeley, CA (United States: Lawrence Berkeley National Lab. (LBNL). Available at: https://www.osti.gov/biblio/1241166 (Accessed August 2, 2022).

 Callahan, B. J., Sankaran, K., Fukuyama, J. A., McMurdie, P. J., and Holmes, S. P. (2016). Bioconductor workflow for microbiome data analysis: From raw reads to community analyses. F1000Res 5, 1492. doi: 10.12688/f1000research.8986.2

 Camacho, C., Coulouris, G., Avagyan, V., Ma, N., Papadopoulos, J., Bealer, K., et al. (2009). BLAST: architecture and applications. BMC Bioinf. 10. doi: 10.1186/1471-2105-10-421

 Cavicchioli, R., Ripple, W. J., Timmis, K. N., Azam, F., Bakken, L. R., Baylis, M., et al. (2019). Scientists’ warning to humanity: Microorganisms and climate change. Nat. Rev. Microbiol. 17, 569–586. doi: 10.1038/s41579-019-0222-5

 Chu, N. D., and Vollmer, S. V. (2016). Caribbean Corals house shared and host-specific microbial symbionts over time and space. Environ. Microbiol. Rep. 8, 493–500. doi: 10.1111/1758-2229.12412

 Coles, S. L., and Jokiel, P. L. (1978). Synergistic effects of temperature, salinity and light on the hermatypic coral montipora verrucosa. Mar. Biol. 49, 187–195. doi: 10.1007/BF00391130

 Contreras-Silva, A. I., Tilstra, A., Migani, V., Thiel, A., Pérez-Cervantes, E., Estrada-Saldívar, N., et al. (2020). A meta-analysis to assess long-term spatiotemporal changes of benthic coral and macroalgae cover in the Mexican Caribbean. Sci. Rep. 10, 8897. doi: 10.1038/s41598-020-65801-8

 Cooke, I., Ying, H., Forêt, S., Bongaerts, P., Strugnell, J. M., Simakov, O., et al. (2020). Genomic signatures in the coral holobiont reveal host adaptations driven by Holocene climate change and reef specific symbionts. Sci. Adv. 6. doi: 10.1126/sciadv.abc6318

 Corinaldesi, C., Canensi, S., Dell’Anno, A., Tangherlini, M., Di Capua, I., Varrella, S., et al. (2021). Multiple impacts of microplastics can threaten marine habitat-forming species. Commun. Biol. 4, 431. doi: 10.1038/s42003-021-01961-1

 Cornwall, C. E., Comeau, S., Kornder, N. A., Perry, C. T., van Hooidonk, R., DeCarlo, T. M., et al. (2021). Global declines in coral reef calcium carbonate production under ocean acidification and warming. Proc. Natl. Acad. Sci. U. S. A. 118. doi: 10.1073/pnas.2015265118

 Courtial, L., Roberty, S., Shick, J. M., Houlbrèque, F., and Ferrier-Pagès, C. (2017). Interactive effects of ultraviolet radiation and thermal stress on two reef-building corals. Limnol. Oceanogr. 62, 1000–1013. doi: 10.1002/lno.10481

 Cristofari, R., Liu, X., Bonadonna, F., Cherel, Y., Pistorius, P., Le Maho, Y., et al. (2018). Climate-driven range shifts of the king penguin in a fragmented ecosystem. Nat. Clim. Change 8, 245–251. doi: 10.1038/s41558-018-0084-2

 Darling, E. S., and Côté, I. M. (2008). Quantifying the evidence for ecological synergies. Ecol. Lett. 11, 1278–1286. doi: 10.1111/j.1461-0248.2008.01243.x

 Davies, S. W., Marchetti, A., Ries, J. B., and Castillo, K. D. (2016). Thermal and pCO2 stress elicit divergent transcriptomic responses in a resilient coral. Front. Mar. Sci. 3. doi: 10.3389/fmars.2016.00112

 Davis, N. M., Proctor, D. M., Holmes, S. P., Relman, D. A., and Callahan, B. J. (2018). Simple statistical identification and removal of contaminant sequences in marker-gene and metagenomics data. Microbiome 6, 226. doi: 10.1186/s40168-018-0605-2

 Dixon, G., Abbott, E., and Matz, M. (2020). Meta-analysis of the coral environmental stress response: Acropora corals show opposing responses depending on stress intensity. Mol. Ecol. 29, 2855–2870. doi: 10.1111/mec.15535

 Drury, C., Manzello, D., and Lirman, D. (2017). Genotype and local environment dynamically influence growth, disturbance response and survivorship in the threatened coral, acropora cervicornis. PloS One 12, e0174000. doi: 10.1371/journal.pone.0174000

 Eddy, T. D., Lam, V. W. Y., Reygondeau, G., Cisneros-Montemayor, A. M., Greer, K., Palomares, M. L. D., et al. (2021). Global decline in capacity of coral reefs to provide ecosystem services. One Earth 4, 1278–1285. doi: 10.1016/j.oneear.2021.08.016

 Ellis, J. I., Jamil, T., Anlauf, H., Coker, D. J., Curdia, J., Hewitt, J., et al. (2019). Multiple stressor effects on coral reef ecosystems. Glob. Change Biol. 25, 4131–4146. doi: 10.1111/gcb.14819

 Enochs, I. C., Manzello, D. P., Carlton, R., Schopmeyer, S., van Hooidonk, R., and Lirman, D. (2014) Effects of light and elevated pCO2 on the growth and photochemical efficiency of acropora cervicornis. Coral Reefs 33, 477–485. doi: 10.1007/s00338-014-1132-7

 Feng, L., He, L., Jiang, S., Chen, J., Zhou, C., Qian, Z.-J., et al. (2020). Investigating the composition and distribution of microplastics surface biofilms in coral areas. Chemosphere 252, 126565. doi: 10.1016/j.chemosphere.2020.126565

 Ferrier-Pagès, C., Rottier, C., Beraud, E., and Levy, O. (2010). Experimental assessment of the feeding effort of three scleractinian coral species during a thermal stress: Effect on the rates of photosynthesis. J. Exp. Mar. Biol. Ecol. 390, 118–124. doi: 10.1016/j.jembe.2010.05.007

 Fuller, Z. L., Mocellin, V. J. L., Morris, L. A., Cantin, N., Shepherd, J., Sarre, L., et al. (2020). Population genetics of the coral Acropora millepora: Toward genomic prediction of bleaching. Science 369. doi: 10.1126/science.aba4674

 Galand, P. E., Chapron, L., Meistertzheim, A.-L., Peru, E., and Lartaud, F. (2018). The effect of captivity on the dynamics of active bacterial communities differs between two deep-Sea coral species. Front. Microbiol. 9, 2565. doi: 10.3389/fmicb.2018.02565

 Glasl, B., Herndl, G. J., and Frade, P. R. (2016). The microbiome of coral surface mucus has a key role in mediating holobiont health and survival upon disturbance. ISME J. 10, 2280–2292. doi: 10.1038/ismej.2016.9

 Godoy-Vitorino, F., Ruiz-Diaz, C. P., Rivera-Seda, A., Ramírez-Lugo, J. S., and Toledo-Hernández, C. (2017). The microbial biosphere of the coral in northeastern Puerto Rico. PeerJ 5, e3717. doi: 10.7717/peerj.3717

 Goergen, E. A., Moulding, A. L., Walker, B. K., and Gilliam, D. S. (2019). Identifying causes of temporal changes in acropora cervicornis populations and the potential for recovery. Front. Mar. Sci. 6. doi: 10.3389/fmars.2019.00036

 Goldstein, M. C., Carson, H. S., and Eriksen, M. (2014). Relationship of diversity and habitat area in north pacific plastic-associated rafting communities. Mar. Biol. 161, 1441–1453. doi: 10.1007/s00227-014-2432-8

 Grupstra, C. G. B., Howe-Kerr, L. I., Veglia, A. J., Bryant, R. L., Coy, S. R., Blackwelder, P. L., et al. (2022). Thermal stress triggers productive viral infection of a key coral reef symbiont. ISME J. 16, 1430–1441. doi: 10.1038/s41396-022-01194-y

 Hall, N. M., Berry, K. L. E., Rintoul, L., and Hoogenboom, M. O. (2015). Microplastic ingestion by scleractinian corals. Mar. Biol. 162, 725–732. doi: 10.1007/s00227-015-2619-7

 Hankins, C., Duffy, A., and Drisco, K. (2018). Scleractinian coral microplastic ingestion: Potential calcification effects, size limits, and retention. Mar. pollut. Bull. 135, 587–593. doi: 10.1016/j.marpolbul.2018.07.067

 Hankins, C., Moso, E., and Lasseigne, D. (2021). Microplastics impair growth in two atlantic scleractinian coral species, pseudodiploria clivosa and acropora cervicornis. Environ. pollut. 275, 116649. doi: 10.1016/j.envpol.2021.116649

 Han, X., Zheng, Y., Dai, C., Duan, H., Gao, M., Ali, M. R., et al. (2021). Effect of polystyrene microplastics and temperature on growth, intestinal histology and immune responses of brine shrimp artemia franciscana. J. Oceanol. Limnol. 39, 979–988. doi: 10.1007/s00343-020-0118-2

 Harrison, S. (2020). Plant community diversity will decline more than increase under climatic warming. Philos. Trans. R. Soc Lond. B Biol. Sci. 375, 20190106. doi: 10.1098/rstb.2019.0106

 Hoegh-Guldberg, O., and Bruno, J. F. (2010). The impact of climate change on the world’s marine ecosystems. Science 328, 1523–1528. doi: 10.1126/science.1189930

 Huang, W., Chen, M., Song, B., Deng, J., Shen, M., Chen, Q., et al. (2021). Microplastics in the coral reefs and their potential impacts on corals: A mini-review. Sci. Total Environ. 762, 143112. doi: 10.1016/j.scitotenv.2020.143112

 Huang, X., Leung, J. Y. S., Hu, M., Xu, E. G., and Wang, Y. (2022). Microplastics can aggravate the impact of ocean acidification on the health of mussels: Insights from physiological performance, immunity and byssus properties. Environ. pollut. 308, 119701. doi: 10.1016/j.envpol.2022.119701

 Hume, B., D’Angelo, C., Burt, J., Baker, A. C., Riegl, B., and Wiedenmann, J. (2013). Corals from the Persian/Arabian gulf as models for thermotolerant reef-builders: Prevalence of clade C3 symbiodinium, host fluorescence and ex situ temperature tolerance. Mar. pollut. Bull. 72, 313–322. doi: 10.1016/j.marpolbul.2012.11.032

 Hume, B. C. C., D’Angelo, C., Smith, E. G., Stevens, J. R., Burt, J., and Wiedenmann, J. (2015). Symbiodinium thermophilum sp. nov., a thermotolerant symbiotic alga prevalent in corals of the world’s hottest sea, the Persian/Arabian gulf. Sci. Rep. 5, 8562. doi: 10.1038/srep08562

 Hume, B. C. C., Smith, E. G., Ziegler, M., Warrington, H. J. M., Burt, J. A., LaJeunesse, T. C., et al. (2019). SymPortal: A novel analytical framework and platform for coral algal symbiont next-generation sequencing ITS2 profiling. Mol. Ecol. Resour. 19, 1063–1080. doi: 10.1111/1755-0998.13004

 Ip, J. C.-H., Zhang, Y., Xie, J. Y., Yeung, Y. H., and Qiu, J.-W. (2022). Comparative transcriptomics of two coral holobionts collected during the 2017 El niño heat wave reveal differential stress response mechanisms. Mar. pollut. Bull. 182, 114017. doi: 10.1016/j.marpolbul.2022.114017

 Ivar do Sul, J. A., and Costa, M. F. (2014). The present and future of microplastic pollution in the marine environment. Environ. pollut. 185, 352–364. doi: 10.1016/j.envpol.2013.10.036

 Kaufman, M. L., Watkins, E., van Hooidonk, R., Baker, A. C., and Lirman, D. (2021). Thermal history influences lesion recovery of the threatened Caribbean staghorn coral acropora cervicornis under heat stress. Coral Reefs 40, 289–293. doi: 10.1007/s00338-020-02025-2

 Kitchen, S. A., Ratan, A., Bedoya-Reina, O. C., Burhans, R., Fogarty, N. D., Miller, W., et al. (2019). Genomic variants among threatened acropora corals. G3 9, 1633–1646. doi: 10.1534/g3.119.400125

 Klinges, G., Maher, R. L., Vega Thurber, R. L., and Muller, E. M. (2020). Parasitic “Candidatus aquarickettsia rohweri” is a marker of disease susceptibility in acropora cervicornis but is lost during thermal stress. Environ. Microbiol. 22, 5341–5355. doi: 10.1111/1462-2920.15245

 Klinges, J. G., Patel, S. H., Duke, W. C., Muller, E. M., and Vega Thurber, R. L. (2022). Phosphate enrichment induces increased dominance of the parasite aquarickettsia in the coral acropora cervicornis. FEMS Microbiol. Ecol. 98. doi: 10.1093/femsec/fiac013

 Klinges, J. G., Rosales, S. M., McMinds, R., Shaver, E. C., Shantz, A. A., Peters, E. C., et al. (2019). Phylogenetic, genomic, and biogeographic characterization of a novel and ubiquitous marine invertebrate-associated rickettsiales parasite, candidatus aquarickettsia rohweri, gen. nov., sp. nov. ISME J. 13, 2938–2953. doi: 10.1038/s41396-019-0482-0

 Korneliussen, T. S., Albrechtsen, A., and Nielsen, R. (2014). ANGSD: Analysis of next generation sequencing data. BMC Bioinf. 15, 356. doi: 10.1186/s12859-014-0356-4

 LaJeunesse, T. C., Parkinson, J. E., Gabrielson, P. W., Jeong, H. J., Reimer, J. D., Voolstra, C. R., et al. (2018). Systematic revision of symbiodiniaceae highlights the antiquity and diversity of coral endosymbionts. Curr. Biol. 28, 2570–2580.e6. doi: 10.1016/j.cub.2018.07.008

 Lamb, J. B., Wenger, A. S., Devlin, M. J., Ceccarelli, D. M., Williamson, D. H., and Willis, B. L. (2016). Reserves as tools for alleviating impacts of marine disease. Philos. Trans. R. Soc. B: Biol. Sci. 371, 20150210. doi: 10.1098/rstb.2015.0210

 Lanctôt, C. M., Bednarz, V. N., Melvin, S., Jacob, H., Oberhaensli, F., Swarzenski, P. W., et al. (2020). Physiological stress response of the scleractinian coral stylophora pistillata exposed to polyethylene microplastics. Environ. pollut. 263, 114559. doi: 10.1016/j.envpol.2020.114559

 Langmead, B., and Salzberg, S. L. (2012). Fast gapped-read alignment with bowtie 2. Nat. Methods 9, 357–359. doi: 10.1038/nmeth.1923

 Lawrence, S. A., Wilson, W. H., Davy, J. E., and Davy, S. K. (2014). Latent virus-like infections are present in a diverse range of symbiodinium spp. (Dinophyta). J. Phycol. 50, 984–997. doi: 10.1111/jpy.12242

 Leruste, A., Bouvier, T., and Bettarel, Y. (2012). Enumerating viruses in coral mucus. Appl. Environ. Microbiol. 78, 6377–6379. doi: 10.1128/AEM.01141-12

 Levin, R. A., Voolstra, C. R., Weynberg, K. D., and van Oppen, M. J. H. (2017). Evidence for a role of viruses in the thermal sensitivity of coral photosymbionts. ISME J. 11, 808–812. doi: 10.1038/ismej.2016.154

 Libro, S., Kaluziak, S. T., and Vollmer, S. V. (2013). RNA-Seq profiles of immune related genes in the staghorn coral acropora cervicornis infected with white band disease. PloS One 8, e81821. doi: 10.1371/journal.pone.0081821

 Li, H., Handsaker, B., Wysoker, A., Fennell, T., Ruan, J., Homer, N., et al. (2009). The sequence Alignment/Map format and SAMtools. Bioinformatics 25, 2078–2079. doi: 10.1093/bioinformatics/btp352

 Loiseau, C., and Sorci, G. (2022). Can microplastics facilitate the emergence of infectious diseases? Sci. Total Environ. 823, 153694. doi: 10.1016/j.scitotenv.2022.153694

 Martin, M. (2011). Cutadapt removes adapter sequences from high-throughput sequencing reads. EMBnet.journal 17, 10–12. doi: 10.14806/ej.17.1.200

 McDevitt-Irwin, J. M., Baum, J. K., Garren, M., and Vega Thurber, R. L. (2017). Responses of coral-associated bacterial communities to local and global stressors. Front. Mar. Sci. 4. doi: 10.3389/fmars.2017.00262

 McMurdie, P. J., and Holmes, S. (2013). Phyloseq: An r package for reproducible interactive analysis and graphics of microbiome census data. PloS One 8, e61217. doi: 10.1371/journal.pone.0061217

 Mendrik, F. M., Henry, T. B., Burdett, H., Hackney, C. R., Waller, C., Parsons, D. R., et al. (2021). Species-specific impact of microplastics on coral physiology. Environ. pollut. 269, 116238. doi: 10.1016/j.envpol.2020.116238

 Meyer, E., Aglyamova, G. V., and Matz, M. V. (2011). Profiling gene expression responses of coral larvae (Acropora millepora) to elevated temperature and settlement inducers using a novel RNA-seq procedure. Mol. Ecol. 20, 3599–3616. doi: 10.1111/j.1365-294X.2011.05205.x

 Miller, M., Bourque, A., and Bohnsack, J. (2002). An analysis of the loss of acroporid corals at looe key, Florida, USA: 1983–2000. Coral Reefs 21, 179–182. doi: 10.1007/s00338-002-0228-7

 Million, W. C., Ruggeri, M., O’Donnell, S., Bartels, E., Krediet, C. J., and Kenkel, C. D. (2022). Evidence for adaptive morphological plasticity in the Caribbean coral, Acropora cervicornis. Proc Natl Acad Sci U S A. 119(49), e2203925119. doi: 10.1073/pnas.2203925119

 Moresco, V., Oliver, D. M., Weidmann, M., Matallana-Surget, S., and Quilliam, R. S. (2021). Survival of human enteric and respiratory viruses on plastics in soil, freshwater, and marine environments. Environ. Res. 199, 111367. doi: 10.1016/j.envres.2021.111367

 Muller, E. M., Bartels, E., and Baums, I. B. (2018). Bleaching causes loss of disease resistance within the threatened coral species. Elife 7. doi: 10.7554/eLife.35066

 Muller, E. M., Dungan, A. M., Million, W. C., Eaton, K. R., Petrik, C., Bartels, E., et al. (2021). Heritable variation and lack of tradeoffs suggest adaptive capacity in despite negative synergism under climate change scenarios. Proc. Biol. Sci. 288, 20210923. doi: 10.1098/rspb.2021.0923

 Muller-Parker, G., D’Elia, C. F., and Cook, C. B. (2015). ““Interactions between corals and their symbiotic algae,”,” in Coral reefs in the anthropocene. Ed.  C. Birkeland (Dordrecht: Springer Netherlands), 99–116.

 Muñiz-Castillo, A. I., Rivera-Sosa, A., Chollett, I., Eakin, C. M., Andrade-Gómez, L., McField, M., et al. (2019). Three decades of heat stress exposure in Caribbean coral reefs: A new regional delineation to enhance conservation. Sci. Rep. 9, 11013. doi: 10.1038/s41598-019-47307-0

 Nanthini devi, K., Raju, P., Santhanam, P., and Perumal, P. (2022). Impacts of microplastics on marine organisms: Present perspectives and the way forward. Egypt. J. Aquat. Res. 48, 205–209. doi: 10.1016/j.ejar.2022.03.001

 Nguyen-Kim, H., Bouvier, T., Bouvier, C., Bui, V., Le-Lan, H., and Bettarel, Y. (2015). Viral and bacterial epibionts in thermally-stressed corals. J. Mar. Sci. Eng. 3, 1272–1286. doi: 10.3390/jmse3041272

 Ogawa, D., Bobeszko, T., Ainsworth, T., and Leggat, W. (2013). The combined effects of temperature and CO2 lead to altered gene expression in acropora aspera. Coral Reefs 32, 895–907. doi: 10.1007/s00338-013-1046-9

 Oksanen, J. (2007) Vegan: Community ecology package. Available at: http://www.cran.r-project.orghttps://ci.nii.ac.jp/naid/10020010631/ (Accessed August 2, 2022).

 Oldenburg, K. S., Urban-Rich, J., Castillo, K. D., and Baumann, J. H. (2021). Microfiber abundance associated with coral tissue varies geographically on the Belize mesoamerican barrier reef system. Mar. pollut. Bull. 163, 111938. doi: 10.1016/j.marpolbul.2020.111938

 Page, C. A., and Willis, B. L. (2008). Epidemiology of skeletal eroding band on the great barrier reef and the role of injury in the initiation of this widespread coral disease. Coral Reefs 27, 257–272. doi: 10.1007/s00338-007-0317-8

 Parada, A. E., Needham, D. M., and Fuhrman, J. A. (2016). Every base matters: Assessing small subunit rRNA primers for marine microbiomes with mock communities, time series and global field samples. Environ. Microbiol. 18, 1403–1414. doi: 10.1111/1462-2920.13023

 Plafcan, M. M., and Stallings, C. D. (2022). Microplastics do not affect bleaching of acropora cervicornis at ambient or elevated temperatures. PeerJ 10, e13578. doi: 10.7717/peerj.13578

 Quast, C., Pruesse, E., Yilmaz, P., Gerken, J., Schweer, T., Yarza, P., et al. (2013). The SILVA ribosomal RNA gene database project: improved data processing and web-based tools. Nucleic Acids Res. 41, D590–D596. doi: 10.1093/nar/gks1219

 Rädecker, N., Pogoreutz, C., Gegner, H. M., Cárdenas, A., Roth, F., Bougoure, J., et al. (2021). Heat stress destabilizes symbiotic nutrient cycling in corals. Proc. Natl. Acad. Sci. U. S. A. 118. doi: 10.1073/pnas.2022653118

 Randazzo-Eisemann, Á., Garza-Pérez, J. R., and Figueroa-Zavala, B. (2022). The role of coral diseases in the flattening of a Caribbean coral reef over 23 years. Mar. pollut. Bull. 181, 113855. doi: 10.1016/j.marpolbul.2022.113855

 R Core Team (2017) R a language and environment for statistical computing. Available at: https://www.scirp.org/.

 R Core Team (2020). R: A language and environment for statistical computing (Vienna, Austria:R Foundation for Statistical Computing).

 Reichert, J., Arnold, A. L., Hoogenboom, M. O., Schubert, P., and Wilke, T. (2019). Impacts of microplastics on growth and health of hermatypic corals are species-specific. Environ. pollut. 254, 113074. doi: 10.1016/j.envpol.2019.113074

 Reichert, J., Schellenberg, J., Schubert, P., and Wilke, T. (2018). Responses of reef building corals to microplastic exposure. Environ. pollut. 237, 955–960. doi: 10.1016/j.envpol.2017.11.006

 Reichert, J., Tirpitz, V., Anand, R., Bach, K., Knopp, J., Schubert, P., et al. (2021). Interactive effects of microplastic pollution and heat stress on reef-building corals. Environ. pollut. 290, 118010. doi: 10.1016/j.envpol.2021.118010

 Reynaud, S., Leclercq, N., Romaine-Lioud, S., Ferrier-Pagés, C., Jaubert, J., and Gattuso, J.-P. (2003). Interacting effects of CO2 partial pressure and temperature on photosynthesis and calcification in a scleractinian coral. Glob. Change Biol. 9, 1660–1668. doi: 10.1046/j.1365-2486.2003.00678.x

 Ricci, F., Rossetto Marcelino, V., Blackall, L. L., Kühl, M., Medina, M., and Verbruggen, H. (2019). Beneath the surface: community assembly and functions of the coral skeleton microbiome. Microbiome 7, 159. doi: 10.1186/s40168-019-0762-y

 Ripken, C., Khalturin, K., and Shoguchi, E. (2020). Response of coral reef dinoflagellates to nanoplastics under experimental conditions suggests downregulation of cellular metabolism. Microorganisms 8. doi: 10.3390/microorganisms8111759

 Rivera, H. E., Aichelman, H. E., Fifer, J. E., Kriefall, N. G., Wuitchik, D. M., Wuitchik, S. J. S., et al. (2021). A framework for understanding gene expression plasticity and its influence on stress tolerance. Mol. Ecol. 30, 1381–1397. doi: 10.1111/mec.15820

 Rochman, C. M., Brookson, C., Bikker, J., Djuric, N., Earn, A., Bucci, K., et al. (2019). Rethinking microplastics as a diverse contaminant suite. Environ. Toxicol. Chem. 38, 703–711. doi: 10.1002/etc.4371

 Rodriguez-Casariego, J. A., Cunning, R., Baker, A. C., and Eirin-Lopez, J. M. (2022). Symbiont shuffling induces differential DNA methylation responses to thermal stress in the coral montastraea cavernosa. Mol. Ecol. 31, 588–602. doi: 10.1111/mec.16246

 Rosenzweig, C., Karoly, D., Vicarelli, M., Neofotis, P., Wu, Q., Casassa, G., et al. (2008). Attributing physical and biological impacts to anthropogenic climate change. Nature 453, 353–357. doi: 10.1038/nature06937

 Ros, M., Suggett, D. J., Edmondson, J., Haydon, T., Hughes, D. J., Kim, M., et al. (2021). Symbiont shuffling across environmental gradients aligns with changes in carbon uptake and translocation in the reef-building coral pocillopora acuta. Coral Reefs 40, 595–607. doi: 10.1007/s00338-021-02066-1

 Rotjan, R. D., Sharp, K. H., Gauthier, A. E., Yelton, R., Lopez, E. M. B., Carilli, J., et al. (2019). Patterns, dynamics and consequences of microplastic ingestion by the temperate coral, astrangia poculata. Proc. Biol. Sci. 286, 20190726. doi: 10.1098/rspb.2019.0726

 Schopmeyer, S. A., Lirman, D., Bartels, E., Gilliam, D. S., Goergen, E. A., Griffin, S. P., et al. (2017). Regional restoration benchmarks for acropora cervicornis. Coral Reefs 36, 1047–1057. doi: 10.1007/s00338-017-1596-3

 Schutte, V. G. W., Selig, E. R., and Bruno, J. F. (2010). Regional spatio-temporal trends in Caribbean coral reef benthic communities. Mar. Ecol. Prog. Ser. 402, 115–122. doi: 10.3354/meps08438

 Scucchia, F., Malik, A., Putnam, H. M., and Mass, T. (2021). Genetic and physiological traits conferring tolerance to ocean acidification in mesophotic corals. Glob. Change Biol. 27, 5276–5294. doi: 10.1111/gcb.15812

 Shukla, P. R., Skeg, J., Buendia, E. C., Masson-Delmotte, V., Pörtner, H.-O., Roberts, D. C., et al. (2019). Climate change and land: An IPCC special report on climate change, desertification, land degradation, sustainable land management, food security, and greenhouse gas fluxes in terrestrial ecosystems.

 Soares, M., de, O., Matos, E., Lucas, C., Rizzo, L., Allcock, L., et al. (2020). Microplastics in corals: An emergent threat. Mar. pollut. Bull. 161, 111810. doi: 10.1016/j.marpolbul.2020.111810

 Tang, J., Ni, X., Zhou, Z., Wang, L., and Lin, S. (2018). Acute microplastic exposure raises stress response and suppresses detoxification and immune capacities in the scleractinian coral pocillopora damicornis. Environ. pollut. 243, 66–74. doi: 10.1016/j.envpol.2018.08.045

 Thurber, R. L. V., and Correa, A. M. S. (2011). Viruses of reef-building scleractinian corals. J. Exp. Mar. Bio. Ecol. 408, 102–113. doi: 10.1016/j.jembe.2011.07.030

 Thurber, R. V., Payet, J. P., Thurber, A. R., and Correa, A. M. S. (2017). Virus-host interactions and their roles in coral reef health and disease. Nat. Rev. Microbiol. 15, 205–216. doi: 10.1038/nrmicro.2016.176

 Towle, E. K., Enochs, I. C., and Langdon, C. (2015a). Correction: Threatened Caribbean coral is able to mitigate the adverse effects of ocean acidification on calcification by increasing feeding rate. PloS One 10, e0139398. doi: 10.1371/journal.pone.0139398

 Towle, E. K., Enochs, I. C., and Langdon, C. (2015b). Threatened Caribbean coral is able to mitigate the adverse effects of ocean acidification on calcification by increasing feeding rate. PloS One 10, e0123394. doi: 10.1371/journal.pone.0123394

 Tunnicliffe, V. (1981). Breakage and propagation of the stony coral Acropora cervicornis. Proc. Natl. Acad. Sci. U. S. A. 78, 2427–2431. doi: 10.1073/pnas.78.4.2427

 van de Water, J. A. J. M., Leggat, W., Bourne, D. G., van Oppen, M. J. H., Willis, B. L., and Ainsworth, T. D. (2015). Elevated seawater temperatures have a limited impact on the coral immune response following physical damage. Hydrobiologia 759, 201–214. doi: 10.1007/s10750-015-2243-z

 van Oppen, M. J. H., and Blackall, L. L. (2019). Coral microbiome dynamics, functions and design in a changing world. Nat. Rev. Microbiol. 17, 557–567. doi: 10.1038/s41579-019-0223-4

 van Woesik, R., and Randall, C. J. (2017). Coral disease hotspots in the Caribbean. Ecosphere 8, e01814. doi: 10.1002/ecs2.1814

 Ware, M., Garfield, E. N., Nedimyer, K., Levy, J., Kaufman, L., Precht, W., et al. (2020). Survivorship and growth in staghorn coral (Acropora cervicornis) outplanting projects in the Florida keys national marine sanctuary. PloS One 15, e0231817. doi: 10.1371/journal.pone.0231817

 Williams, S. D., Klinges, J. G., Zinman, S., Clark, A. S., Bartels, E., Villoch Diaz Maurino, M., et al. (2022). Geographically driven differences in microbiomes of originating from different regions of florida’s coral reef. PeerJ 10, e13574. doi: 10.7717/peerj.13574

 Wright, R. M., Aglyamova, G. V., Meyer, E., and Matz, M. V. (2015). Gene expression associated with white syndromes in a reef building coral, acropora hyacinthus. BMC Genomics 16, 371. doi: 10.1186/s12864-015-1540-2

 Yates, K. K., Moore, C. S., and Smiley, N. A. (2019). Time series of autonomous carbonate system parameter measurements from crocker reef (Florida, USA:U.S. Geological Survey). doi: 10.5066/P90NCI8T

 Zaneveld, J. R., Burkepile, D. E., Shantz, A. A., Pritchard, C. E., McMinds, R., Payet, J. P., et al. (2016). Overfishing and nutrient pollution interact with temperature to disrupt coral reefs down to microbial scales. Nat. Commun. 7, 11833. doi: 10.1038/ncomms11833

 Zettler, E. R., Mincer, T. J., and Amaral-Zettler, L. A. (2013). Life in the “Plastisphere”: Microbial communities on plastic marine debris. Environ. Sci. Technol. 47, 7137–7146. doi: 10.1021/es401288x

 Ziegler, M., Seneca, F. O., Yum, L. K., Palumbi, S. R., and Voolstra, C. R. (2017). Bacterial community dynamics are linked to patterns of coral heat tolerance. Nat. Commun. 8, 14213. doi: 10.1038/ncomms14213


Publisher’s note: All claims expressed in this article are solely those of the authors and do not necessarily represent those of their affiliated organizations, or those of the publisher, the editors and the reviewers. Any product that may be evaluated in this article, or claim that may be made by its manufacturer, is not guaranteed or endorsed by the publisher.

Copyright © 2023 Bove, Greene, Sugierski, Kriefall, Huzar, Hughes, Sharp, Fogarty and Davies. This is an open-access article distributed under the terms of the Creative Commons Attribution License (CC BY). The use, distribution or reproduction in other forums is permitted, provided the original author(s) and the copyright owner(s) are credited and that the original publication in this journal is cited, in accordance with accepted academic practice. No use, distribution or reproduction is permitted which does not comply with these terms.




ORIGINAL RESEARCH

published: 01 May 2023

doi: 10.3389/fmars.2023.1094792

[image: image2]


Flow cytometry-based biomarker assay for in vitro identification of microalgal symbionts conferring heat tolerance on corals
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Corals’ tolerance to high temperature stress largely depends on their symbiotic microalgae (Symbiodiniaceae). However, the contributing microalgal traits and their relationships to one another are largely unclear. Here we compare the in vitro cellular profiles of seven Cladocopium C1acro microalgal strains (derived from the same ancestral strain) during a four-week exposure to 27°C or 31°C. One was an unselected wild-type strain (WT), three were selected at 31°C for nine years and shown to confer thermal tolerance on the coral host (SS+) and three others were similarly selected but did not confer tolerance (SS-). Flow cytometry was used to measure the staining intensities of cells treated with dyes representing the intracellular stress indicators reactive oxygen species (ROS), reduced glutathione (rGSH) and mitochondrial activity, as well as cell size/shape and photosynthetic pigments. Cell densities and photosynthetic efficiency (ϕPSII, Fv/Fm) were also measured. WT showed the highest levels of intracellular ROS and mitochondrial activity, lowest rGSH and largest cell sizes at both temperatures. SS+ strains had the lowest ROS and highest rGSH values and a unique pattern of correlations among parameters at 31°C. Our results support previous reports implicating the role of microalgal ROS, mitochondria and rGSH in holobiont thermal tolerance and suggest flow cytometry is a useful screening tool for identifying microalgal strains with enhanced thermal tolerance.
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1 Introduction

Coral reefs are deteriorating rapidly across the world due to the increased incidence, severity and duration of marine heatwaves (Hughes et al., 2017). These extreme events disrupt the symbiosis between coral and endosymbiotic microalgae (Symbiodiniaceae), causing the loss of the algae from the coral tissue in a process known as coral bleaching (Glynn, 1996). Corals depend on photosynthates translocated from the Symbiodiniaceae for their nutrition, and without timely recolonization of Symbiodiniaceae the coral is likely to die. Mass bleaching events, in which whole regions of reef bleach severely, have been observed increasingly frequently in many parts of the world over recent years due to summer heatwaves (Hoegh-Guldberg, 1999; Hughes et al., 2018). For example, on the Great Barrier Reef (GBR) mass bleaching events have been recorded frequently in recent years, including 2016, 2017, 2020 and 2022, whereas fewer such events had been recorded there previously (e.g., in 1998, 2002 and 2006). The impacts of the recent events have increased in severity and footprint (Hughes et al., 2021), reducing coral recruitment and shifting community diversities, which is predicted to also impact ecosystem functioning (Cheung et al., 2021). Targeted intervention strategies could support coral adaptation to climate change if carbon emissions are simultaneously reduced (Anthony et al., 2017; Bay et al., 2019) but many of these strategies depend on understanding the molecular mechanisms underpinning thermal tolerance (van Oppen et al., 2017).

One of the main drivers of coral bleaching is assumed to be excess production of reactive oxygen species (ROS) (reviewed by Szabó et al., 2020). ROS molecules, such as superoxide ( ) and hydrogen peroxide (H2O2), can be produced in the cell’s chloroplast, mitochondria and peroxisomes and their levels are usually controlled by antioxidant systems. However, at high temperatures, excess ROS can be produced through an over-reduction within electron transport chains, which can overwhelm antioxidant capacities and result in cellular malfunctions (Lesser, 1996; Downs et al., 2002; Lesser, 2006; Weis, 2008; but see Nielsen et al., 2018). In Symbiodiniaceae, excessive ROS produced in chloroplasts and mitochondria can lead to protein, DNA and organelle degradation (see review by Lesser, 2006; Roberty and Plumier, 2022). Extrapolating from effects demonstrated in higher plants (Sharma et al., 2020), ROS can affect a chloroplast’s photosystems and lead to photoinhibition (Takagi et al., 2016). Such declining physiological performance is commonly monitored through measurements of the maximum quantum yield and Photosystem II (PSII) operating efficiency. In mitochondria, excess ROS can also lead to disruption of mitochondrial membranes with impacts on cellular respiration (Lesser, 2006; Liberatore et al., 2016; Oakley and Davy, 2018), which can be measured, for example, as changes in their membrane potential (ΔΨm) (Dourmap et al., 2020; van Aken, 2021). Accordingly, declines in the functionalities of both microalgal chloroplasts and mitochondria are likely early indicators of oxidative heat stress.

Potentially counteracting these effects, however, antioxidant defense mechanisms such as superoxide dismutase enzymes and the reduced form of glutathione (rGSH) can help maintain an equilibrium between ROS production and scavenging, thus minimizing cellular damage and sustaining the natural molecular signaling function of ROS (Hasanuzzaman et al., 2020). In particular, glutathione is a prominent redox buffer in most eukaryotic cells (Brandes et al., 2009). The predominant form of a cells’ glutathione is in the reduced form (Mallick and Mohn, 2000), which is usually >90% of the total thiol content (Noctor et al., 2002; Owen and Butterfiel, 2010).

Notably, differences between Symbiodiniaceae species and strains have been found in the activities of several of these elements of ROS production, damage and scavenging. Hence, these differences could be important sources of variation in the tolerance of microalgal symbionts to elevated temperatures in vitro and in hospite (Suggett et al., 2017). A study system for examining the physiological basis of variation in the heat tolerance properties of the Symbiodiniaceae involves a set of closely related strains of Cladocopium C1acro developed through experimental evolution. Heat-evolved Cladocopium C1acro strains, referred to as heat-evolved strains (SS strains), and their wild-type counterparts (WT strains) were established from the same mother culture in 2011 and kept at 31°C and 27°C respectively since their establishment (Chakravarti et al., 2017). The ten SS strains show higher tolerance to 31°C, as reflected in higher growth rates, maintenance of photosynthetic efficiency and lower net ROS compared to the WT strains (Buerger et al., 2022). Some of the SS strains (hereafter SS+ strains) also enhanced thermal bleaching tolerance of coral larvae and juveniles, although other SS strains (hereafter SS-) did not. Specifically, larvae of the coral Acropora tenuis in symbiosis with any one of the SS+ strains (SS1, SS7 or SS8) were found to maintain symbiont numbers in their tissues during a short term heat stress experiment while larvae with SS- or WT strains bleached (Buerger et al., 2020) and juveniles of the coral A. tenuis in symbiosis with a SS+ strain (SS1) showed higher thermal tolerance than juveniles with a WT strain (Quigley and van Oppen, 2022).

While the SS+ strains showed superior tolerances in symbiosis with corals, it is unclear what aspects of their physiology distinguish them in culture, i.e., independently of the host. Literature on the effects of thermal stress on microalgal cells suggest changes in an array of potentially interacting traits, ranging from cell size and shape (Skau et al., 2017) to photosynthesis (Chakravarti and van Oppen, 2018) and mitochondrial function (Roberty and Plumier, 2022; see also Jakovljević and Stanković, 2020), could come into play. Elucidating which of these traits distinguish the SS+ strains in culture will not only help explain how those strains confer tolerance in hospite but could also provide biomarkers for efficient screening of microalgal cultures that might be suitable for reef restoration purposes.

Until now, flow cytometry has mainly been used in coral-related research to quantify Symbiodiniaceae cells in samples or to measure their pigment content (e.g., Lee et al., 2012; Krediet et al., 2015; McIlroy et al., 2016). However, it also allows rapid and sensitive characterization of the morphology and detailed physiology of the cells through light scattering and fluorescence measurements (Hyka et al., 2013). Combined with the use of cell sorting capabilities and specific fluorescence probes, flow cytometry can also be used to identify strains with desired features (Pereira et al., 2018; da Silva and Reis, 2020) and quantify specific biochemical processes with fluorescence markers. As needs, these properties and processes can be measured separately on different subpopulations and multiplexed in a single assay system. While plate readers can be used with fluorescence markers to examine cell suspensions for some of these measures, they do not provide the high throughput, single cell resolution and cell sorting capabilities. As yet, however, few studies have used the power of flow cytometry to assess the responses of Symbiodiniaceae cells to heat stress (Lee et al., 2012; Delamare-deboutteville et al., 2020; Maruyama et al., 2022) and none have used it to identify the underpinning physiologies, and hence potential biomarkers, associated with enhanced thermal tolerance, either in culture or in hospite.

The current study makes extensive use of flow cytometry and fluorescence probes to identify traits that distinguish Symbiodiniaceae strains with different thermal tolerances and capacities to confer their tolerance to the coral host.




2 Materials and methods



2.1 Microalgal strains

Seven Cladocopium C1acro strains (three SS+ strains, three SS- and one WT strain) were obtained from the Australian Institute of Marine Science in May 2020 (culture collection numbers: SCF-055.10 for WT10, SCF-055.01, SCF-055.07, and SCF-055.08 for the SS+ strains SS1, SS7 and SS8 respectively, and SCF-055.03, SCF-055.05 and SCF-055.09 for the SS- strains SS3, SS5 and SS9, respectively). The strains were established in an assisted evolution experiment that started in 2011, in which the temperature was increased for the SS strains from ambient 27°C to elevated 31°C over two months in a step-wise fashion and the best growing strains were transferred to the next step. Then, the SS strains were cultivated at 31°C on a permanent basis, showing enhanced in vitro thermal tolerance in several performance assessments (Chakravarti et al., 2017; Buerger et al., 2022). Some of the strains, here termed SS+, also conferred their thermal tolerance in hospite when in symbiosis with coral larvae (Buerger et al., 2020) and juvenile corals (Quigley and van Oppen, 2022). In comparison, the WT strain has been maintained at 27°C since 2011.

In the current experiment, the seven strains were characterized in vitro for nine physiological and morphological traits previously implicated in thermal tolerance over a 28-day period at ambient (27°C) and elevated temperatures (31°C). The parameters assessed were: cell densities (CellDen) through automated cell counts; photosynthetic efficiency, specifically maximum quantum yield and PSII operating efficiency (Fv/Fm, ϕPSII), through pulse-amplitude modulation chlorophyll fluorometry; and flow cytometry-based techniques which represent, albeit do not directly measure, intracellular reactive oxygen species (ROS), mitochondrial activity, reduced glutathione (rGSH) and photosynthetic pigments (mainly chlorophyll; Chl), plus cellular size and complexity as measured by forward and side scatter (FSC and SSC, respectively; Figure 1).




Figure 1 | Flow cytometry workflow. (A) Microalgal cells were gated based on their characteristic FSC and SSC patterns. Only cells that were positive for photosynthetic pigments signal (likely chlorophyll) were selected for downstream analysis. (B) MFI values of Chlorophyll, FSC and SSC were measured in unstained controls (UCs). (C) Raw MFI values for rGHS and ROS were obtained in samples stained with Vita-Bright-48 and CellROX Orange reagents respectively and normalized by subtracting the autofluorescence signal from unstained controls in response to the excitation from the respective lasers. MFI values for MitoTracker Orange CMTMRos-stained cells used to measure mitochondrial potential (ΔΨm) were well separated from the autofluorescence signals of unstained controls and could therefore be analyzed without normalisation against unstained controls.






2.2 Experimental set up

Throughout our experiment, the strains were incubated in temperature-controlled rooms at either ambient (27°C) or elevated temperatures (31°C) with 50% relative humidity, using LED lights (type: SMD5050 LED 60 LEDs/m; spectrum: Figure S1) at a light intensity of 31 to 33.5 PAR on a 12:12 light:dark cycle. Each culture was provided 0.2 µM of filtered IMK medium prepared from Mili-Q water and Red Sea Salt (Red Sea/cat: 398-01333) and enriched with Daigo’s IMK Medium for Marine Microalgae (cat: 398-01333, Nihon Pharmaceutical Co).

To obtain enough biological material for the experiment, the seven strains were each cultured for three months at 27°C in 100 mL media (175 cm2 growth flasks, cat: NUN159910, Thermo Fisher Scientific) and then split into 25 cm2 assay flasks, seeded at 3 x 105 cells/mL in a total volume of 31 mL. Performance at 27°C and 31°C was then compared over 28 days, which would have included approximately 5 - 6 microalgal generations spanning the lag, exponential and stationary phases of the culture (Chakravarti et al., 2017 estimated ~80 generations per year for similar culture conditions). To minimize evaporation, the assay flasks were arranged and stored in clear plastic boxes (Sistema, Klip it Plus, plastic type: polypropylene). Each box contained one assay flask for each of five SS strains and one WT10 control assay flask. When we measured the light spectrum both with and without the lid, no effect was observed on the light transmission (data not shown). The boxes with the assay flasks were placed at 27°C to allow them to acclimate for two days after subculturing. To minimize variation in light exposure within the respective temperature-controlled rooms, all box positions were rotated on the shelf twice per week and assay flask positions were randomized within a box at each sampling time-point.

Nine response variables were measured on samples of each flask at Days 4, 11, 18 and 28. We tested five assay flasks for each of the six SS strains and six assay flasks of the WT10 strain at two temperatures per time-point (total number of samples per time-point: 72). To optimize the workflow, reduce the risk of overstaining samples (Figure S2) and keep differences in processing times to a minimum, we therefore staggered the workflow over three days for each time-point, only processing 24 samples on each measurement day. These 24 samples were then prepared according to four Attune protocols (unstained controls, VitaBright-48, CellROX Orange, MitoTracker Orange). At each time-point, the microalgal cells were detached from the assay flask surface using a sterile disposable cell scraper (cat: 83.3951, Sarstedt) and resuspended uniformly by gentle pipetting using an S1 Pipet Filler (cat: 9531, Thermo Fisher Scientific) fitted with a sterile 0.45 µM hydrophobic filter (cat: MAT9057, Thermo Fisher Scientific) and a sterile disposable 10 mL serological pipette (cat: 357551, Corning). A total of 6.5 mL was removed per assay flask at each sampling time and transferred to a sterile 15 mL tube (cat: 430766, Corning) until split proportionally for each of the following measurements.




2.3 Cell densities

Cell density readings were obtained on a TALI image-based cytometer (cat: T10796, Thermo Fisher Scientific). Two technical replicate readings of 25 µL were made on each assay flask at each time-point and averaged to give a final estimate. TALI cytometer settings for each reading were: viability assay, 20 fields, cell gating 5 to 14 µM, sensitivity setting 6; circularity setting 8. The cell count measurements were then used to normalize each strain’s samples to 0.4 * 106 cells/mL prior to the following flow cytometry measurements.




2.4 Cell staining

After density normalization, aliquots of 1.5 mL were used as unstained control cells or taken into the respective staining workflows using CellROX Orange (representing ROS, i.e., superoxides) and MitoTracker Orange (representing mitochondrial activity). In addition, aliquots of 1 mL were taken into the VitaBright-48 staining workflow (representing thiols, in particular reduced glutathione). Each of the aliquots for the respective stains were washed once by centrifugation and concentrated (Table 1). The cells were then subjected to the respective staining protocols below and measured for their fluorescence intensity on the Attune NxT Flow Cytometer. To minimise processing times, the sample batches were stained in a staggered manner, starting the second stain while measuring the first and starting the third while measuring the second, with VB-48 always applied first, followed by CellROX Orange and then MitoTracker Orange.


Table 1 | Washing and staining conditions prior to flow cytometry.






2.5 Intracellular ROS staining with CellROX Orange

CellROX Orange is a cell-permeable dye that is not fluorescent in its reduced state but becomes fluorescent after it is oxidized in the cell’s cytoplasm on contact with various forms of ROS (hydrogen peroxide, hydroxyl radicals, nitric oxide, or peroxynitrite or superoxide anions, hereafter H2O2, HO, NO, O2– or ONOO–, respectively; Johnson & Spence, 2010). While CellROX Orange is not suitable to distinguish and quantify specific forms of ROS, in this study it is used to estimate the overall oxidative stress response of a cell. To measure intracellular ROS, 0.5 mL samples of cell culture normalized as above were resuspended by vortexing and then stained with CellROX Orange reagent (cat: C10443, Thermo Fisher Scientific). To prepare a 250 µM working stock of the staining solution, a 16 µL sample of CellROX Orange reagent at 2.5 mM was diluted 1:10 by the addition of 144 µL of fresh media (as per manufacturer’s instructions). Staining of cells was synchronized across all tubes by pipetting 6 µL of the working stock into the lid of each 2 mL tube and then mixing all tubes in a tube rack at once by repeated inversion. The cells were then incubated for 60 minutes at room temperature in a dark cupboard (final stain concentration of 3 µM).




2.6 rGSH staining with VitaBright-48

VitaBright-48 is a cell-permeable fluorescence dye that reacts with thiols, including rGSH (Skindersoe et al., 2012; Skindersoe and Kjaerulff, 2013). Here, we considered the measured values as approximations of reduced glutathione levels (here referred to as rGSH). One mL samples of cell culture normalized as above were resuspended by vortexing and stained with VitaBright-48 contained in Solution 6 (cat: 910-3006, ChemoMetec; 1.34 mM for VitaBright-48; 0.75 mM PI) (Skindersoe et al., 2012). Staining was synchronized across all 2 mL tubes in a measurement day by first pipetting 10 µL of Solution 6 into the lid of each 2 mL tube and then mixing all tubes in a tube rack at once by repeated inversion. The cells were then incubated for 90 minutes at room temperature in the dark (final stain concentration of 13.4 µM for VitaBright-48 and 7.5 µM for PI). After staining, the microalgae were washed twice by pelleting the cells each time at 2,600 g for five minutes and then resuspending in 1 mL fresh media by briefly vortexing. The cells were pelleted one final time as above and then resuspended in 450 µL fresh media.




2.7 Mitochondria staining with Mitotracker orange

Mitotracker Orange (CMTMRos, cat: M7510, Thermo Fisher Scientific) was used to assess mitochondrial activity. Each tube of stain contained 50 μg lyophilized solid CMTMRos, which was reconstituted to 200 µM with the addition of 585 µL DMSO. A 5 µL sample of that solution was then diluted 1:40 by the addition of 195 µL DMSO to produce a 5 µM working stock. For the staining, cell culture samples of 0.5 mL were normalized as above, dispensed into 2 mL tubes (cat: 0030120094, Eppendorf) and treated with the working stock. Staining was synchronized across all tubes by pipetting 5 µL of 5 µM CMTMRos into the lid of each 2 mL tube and then mixing all tubes in a tube rack at once by repeated inversion. The microalgal cells were then incubated for 80 minutes at room temperature in the dark (final stain concentration of 5 nM, Table 1).




2.8 Flow cytometry

Microalgal cells were acquired with the Attune NxT Flow Cytometer and analyzed with Attune NxT software (Thermo Fisher Scientific) and FCS files of all raw data can be made available on request. The specific gating configurations used selected for discrete photosynthetic pigments-positive cells (Figure 1 and see below), reducing potential contamination from cell debris. Details of instrument settings, number of cells measured, acquisition and drawing volumes and peak emissions/bandwidths for the filters used and the excitation/emission maxima of the three stains are given in Table S1. The fluorescence intensity of a population on a logarithmic scale (Figure 1) of pigments-positive cells and their side and forward scatter heights (SSC-H and FSC-H, respectively) were determined in unstained controls (UC), while samples stained with the respective dyes were treated and acquired separately to avoid spectral crossover.

Due to a relatively high background signal and/or weak dye signal in samples treated with VitaBright-48 and CellROX Orange dyes respectively, values for these stains were calculated by subtracting the measured blanks (unstained controls, MFIUC) from the stain’s MFIs (Figure 1). In contrast, a distinctive peak separation in MitoTracker Orange CMTMRos stained samples allowed us to measure mitochondrial activity in cells without MFIUC subtraction.

The Attune was configured with three lasers, one of excitation 405 nm for measuring rGSH and Chl, one of excitation 488 nm for measuring FSC and SSC, and one of excitation 561 nm for measuring ROS and MitoTracker Orange. In order to ensure consistent measurements between samples and to avoid potential instrument blockages, we performed a rinse step after every six samples. Note that we do not know which specific photosynthetic pigments contributed to our Chl measurements because chlorophyll a, b and c and carotenoids have overlapping absorption spectra and are all excited by the 405 nm laser.




2.9 Photosynthetic efficiency

At each time-point, photosynthetic efficiency was assessed using an imaging pulse-amplitude modulation chlorophyll fluorometer (IPAM M-series, Walz, Germany). Measurements of maximum quantum efficiency (Fv/Fm) calculated as [(Fm - Fo)/Fm] (Murchie and Lawson, 2013) were performed on 6 hour dark-adapted samples in their assay flasks with a starting volume of 30 mL (Fo = the minimal level of fluorescence; Fm = maximum possible yield of fluorescence). The dark adaptation time was chosen for logistical reasons. Three technical replicate measurements on each flask assayed were averaged at each time-point to generate a biological replicate. The operating efficiency of PSII photochemistry (ΔF/Fm or ϕPSII) calculated as [(Fm′ - F′)/Fm′] (Murchie and Lawson, 2013) was measured after a five minute actinic light exposure (blue LED, 450 nm) in order to light adapt the (F′ = steady-state level of fluorescence of light adapted samples; Fm′ = maximum possible yield of fluorescence of light adapted sample). For both variables, measurements at three circular locations were averaged as technical replicates for each flask. The following instrument settings were used: measurement intensity, 6; saturation pulse, 10; gain, 2; damping, 2. The data for each strain, with means across replicates, are given in Figure S3, while the raw data is available in the Supplementary Data.




2.10 Statistical analysis

The raw flow cytometry data showed dispersed distributions and some extreme values, albeit no clear outliers, as indicated by some relatively large standard deviations (Figure S3). We therefore analysed the median rather than mean fluorescence intensity because the former (hereafter MFI) provides a more accurate and robust representation of the behaviour of the majority of a well dispersed population (Cram, 2002; Hawley and Hawley, 2004; Lugli et al., 2010; Givan, 2011).

All nine response variables were presented with 95% confidence intervals assuming t distributions (the flow cytometry variables on natural log scales, and the physiological variables with their raw values). All variables were then scale-normalized to unit ranges. We then ran a PERMANOVA (R version 4.1.1, package vegan) for each individual variable against a full interaction model for the factors temperature, sampling time and strain group. MANOVA and ANOVA were not used because the data for all variables failed normality, heteroscedasticity and outlier tests (from the R packages mvnormtest, biotools and mvoutlier respectively). Pearson correlations were calculated between the respective parameters and visualized as a matrix. We then performed a principal component analysis (PCA) on the normalized variables to obtain a reduced number of variables which was used as input for linear discriminant analyses (LDAs) to visualize the differences between strain groups across temperatures and sampling times. For visualization of the LDA, meeting the assumptions of normality and homoscedastic is not required (Hastie et al., 2009). Pairwise plots to demonstrate group separations considering minimal numbers of parameters were also generated.

Since our flow cytometry did not quantify the absolute values of the underlying biochemistries, the differences in them between strains, temperatures and sampling times revealed by our statistical analyses must be interpreted in relative rather than absolute terms.





3 Results



3.1 Changes in individual variables

None of the three measurements CellDen, ϕPSII, and Fv/Fm showed significant differences at 27°C between the three types of strains. However, at 31°C, all three measurements were able to statistically differentiate between the three types of strains from Day 4 onwards (see the 95% confidence intervals in Figure 2A). At 27°C, CellDen increased to a plateau by ~11 Days while ϕPSII and Fv/Fm values decreased, particularly after ~11 Days. At 31°C, the CellDen of all three strain types only rose slightly up to ~11 Days and then fell, but the trajectory for SS+ was significantly higher than that of SS-, which in turn was higher than that of WT (cell densities of 0.917 x 106, 0.672 x 106 and 0.484 x 106 for SS+, SS- and WT strains, respectively). Similarly, ϕPSII and Fv/Fm at 31°C also decreased in all three strain types but the decrease was less for the SS+ than the SS- or WT strains (ϕPSII values decreased by 27%, 37% and 37% and Fv/Fm values decreased by 50%, 62% and 70% for SS+, SS- and WT strains, respectively).




Figure 2 | Progress curves for the three strain types for each variable and temperature. (A) Non-flow cytometer measurements of cell density, PSII operating efficiency and maximum quantum efficiency. (B) Flow cytometry cell dye measurements of reactive oxygen species (CellROX Orange), mitochondrial activity (MitoTracker Orange, CMTMRos) and reduced glutathione (VitaBright-48), all displayed as median fluorescent intensity [MFI]. (C) Flow cytometry measurement of the physical properties photosynthetic pigments, and cell size and shape (forward and side scatter respectively). Panel (A) is showing raw data values, while panel (A, B) are presented on natural log scales [log(data point +1)]. Error bars show 95% confidence intervals based on 5 or 6 replicates and assuming t distributions. Measurements were taken on Days 4, 11, 18 and 28.



In contrast, the three dye-based flow cytometry measurements ROS, mitochondrial activity and rGSH revealed significant differences between the three types of strains at both temperatures (Figure 2B). At 27°C the values for all measures dropped initially (by ~ 25%; note that this and all other % changes given below were calculated on untransformed values) and then rose again, with SS+ always significantly lower than WT for ROS (by 101 ± 10%) and mitochondrial activity (by 58 ± 12%) and significantly higher for rGSH (by ~28 ± 3%). SS- was intermediate (between SS+ and WT) for all three variables but moved closer to SS+ for ROS and mitochondrial activity over time. At 31°C the values for all three variables showed a stronger upward trend over time. SS+ values were again consistently lower than WT values for ROS (by 158 ± 80%) and mitochondrial activity (by 51 ± 17%). Compared to the SS+ strains at 31°C, the WT showed 5 times as much fluorescence for CellROX Orange on Day 28 (ROS fluorescence for SS+ 290; SS- 559; WT: 1,029). rGSH values were also again significantly higher initially for SS+ than WT but in this case the difference disappeared over time. SS- was again consistently intermediate for ROS but similar to SS+ for the other two variables.

Relatively few differences between the strain types were evident in the flow cytometry measurements of physical cell properties (FSC, SSC) and photosynthetic pigments (Chl) at either temperature (Figure 2C). There was little change in any of the three measures over the first three time-points at 27°C, but by Day 28 Chl had dropped (by ~20%) and FSC had risen considerably (by ~42%), and SSC had risen to a lesser extent. While SS+ and SS- were initially lower than WT for FSC (by ~10%), that difference had disappeared by Day 28. The directions of the changes over the course of the experiment for each measure at 31°C were similar to those at 27°C but the relationships between the strains changed over time for both Chl and SSC. Chl values were also initially slightly (only ~5%) lower for SS+ and SS- than WT but the difference disappeared by Day 14. SS- values were always higher than SS+ values for SSC but WT values were initially similar to SS+ but similar to SS- at Days 11 and 28. On the other hand, SS+ and SS- showed slightly lower FSC values (by ~7%) than WT at 31°C throughout the experiment.

In sum, all nine measures changed during the experiment, with the trajectories of several differing between temperatures and most differing between strain types, particularly between SS+ and WT, for at least one of the temperatures. Of the key parameters proposed from earlier work (see Introduction), ROS and mitochondrial activity showed relatively minor differences between temperatures but relatively large differences between strain types, while rGSH showed greater differences between temperatures but less consistent differences between strains. Differences also occurred in photosynthetic efficiencies, although the patterns of change differed; there were clear drops in the last time interval, particularly at 31°C, as well as strain type and temperature differences at that interval. Cell density increased early and cell shape changed late in all three strain types at 27°C, whereas at 31°C cell density did not show marked temporal change, but clear strain type differences emerged in all three measures, particularly cell density.




3.2 Permutational analysis of variance

As expected from the progress curves, three-way factorial permutational analyses of variance (PERMANOVAs) showed large main effects of time and temperature and smaller but still significant effects of strain type on all nine parameters (Table 2). However, at least two of the four interaction terms were also significant for all the variables, and in all cases at least one of them involved strain type. The combined contributions of main or interaction terms involving strain type to the total variance were ~28% for ROS and ~23% for mitochondrial activity but less than 10% for all the other variables. For most of the variables, including ROS, the main effect of strain type contributed less than half of their respective combined contributions but for mitochondrial activity it accounted for most of it (~21 of the 23%).


Table 2 | Analyses of variance.






3.3 Correlations among measurements

To better understand the relationships among the variables, pairwise correlational analyses (Pearson’s r) on various sets of the data were carried out. The first of these analyses included all the data (Figure 3A). The strongest positive correlations overall were between Fv/Fm and ϕPSII and between FSC and SSC (r = 0.92 and 0.85 respectively), which was expected given that the first two of these both measure photosynthetic efficiency and the second two both relate to cell size/shape. Fv/Fm and ϕPSII were also both strongly negatively correlated with both FSC and SSC (r between -0.83 and -0.75), suggesting lower photosynthetic efficiency in larger cells. Otherwise, the largest correlations were positive ones between ROS and FSC and SSC (r = 0.82 and 0.78 respectively) and negative ones between ROS and Fv/Fm and ϕPSII (r = -0.70 and -0.69 respectively), suggesting that the larger cells with compromised photosynthetic efficiency also had greater ROS.




Figure 3 | Pairwise Pearson correlation coefficients (r) between parameters. (A) shows the results for all data, combining 27°C and 31°C. (B) shows the results for each temperature separately. To highlight major differences between the two temperatures, grey borders are used to mark r values that differ between 27°C and 31°C by ≥0.5. In order to facilitate visualization of large vs small correlations in each panel, red numbers are used to indicate r values< 0.2. CellD, cell densities; Fv/Fm, maximum quantum efficiency; ϕPSII, PSII operating efficiency; ROS, reactive oxygen species measured with CellROX Orange; CMTMRos, mitochondrial activity measured using MitoTracker Orange; rGSH, reduced glutathione measured with VitaBright-48; Chl, pigment content of cells; FSC, forward scatter; SSC, side scatter.



While several other positive and negative correlations were statistically significant, they generally explained less than half the variation in the constituent variables (i.e., r2< 0.50), indicating that they provided considerable independent information.

Calculating the correlations separately for the two temperatures showed most of the correlations (31 out of 36) were larger in magnitude at 31°C (Figures 3B). This suggests closer links between the differences in most of the variables at the elevated temperature. The only major exception was the correlation between CellDen and rGSH (-0.52 at 27°C cf. -0.16 at 31°C). Considering also the magnitude, eleven of the correlations differed by more than 0.5 between the two data sets. In particular, at 31°C ROS was more strongly negatively correlated with Fv/Fm, ϕPSII and cell densities than at 27°C (r = -0.73, -0.75 and -0.32, cf -0.55, -0.58 and 0.32, respectively) and more positively correlated with rGSH (r = 0.61 cf 0.03, respectively), while rGSH was itself more negatively associated with Fv/Fm and ϕPSII (r = -0.73 and -0.70 cf -0.10 and -0.27 respectively). These differences are consistent with more severe effects of ROS at 31°C on photosynthetic output and cell health (as represented by cell densities) and an adaptive response in rGSH at that temperature to sequester ROS.

There were also much stronger positive associations of rGSH with FSC and SSC at 31°C than 27°C (r = 0.80 and 0.71 cf 0.13 and 0.14 respectively), suggesting that the larger cells at 31°C had higher content of rGSH than those at 27°C.

Other large differences between the 31°C and 27°C correlations included: reversals in the directions of the associations of CellDen with FSC and SSC (r = -0.32 and -0.32 cf 0.35 and 0.34 respectively) and CellDen with Fv/Fm and ϕPSII (r = 0.34 and 0.38 cf -0.46 and -0.33 respectively), and stronger negative associations of mitochondrial activity with Fv/Fm and ϕPSII (r = -0.55 and -0.57 cf -0.08 and -0.18). These differences suggest fundamental changes in the relationships between cell densities, cell size, photosynthetic efficiency and mitochondrial activity during the experiments at the two temperatures.

Finally, we computed the correlations among the measured parameters separately for both the two temperatures and the three strain types. The correlation matrices for the WT, SS- and SS+ strains at 27°C were very similar overall (Figure 4A). The largest differences were found in the correlations between CellDen and FSC (WT: 0.11, SS-: 0.54, and SS+: 0.25) and between mitochondrial activity and FSC (WT: 0.60, SS-: 0.11, and SS+: 0.34). Thus, at ambient temperature there were no strong differentiations between the three strain groups in the relationships between parameters. However, several large differences were evident between the matrices for the three types of strains at 31°C (Figures 4A–C). Most notably, for the WT and SS- strains, CellDen were involved in several significant positive and negative correlations with other variables, whereas, for the SS+ strains, CellDen were not correlated with any other variable at this temperature. Together with the progress curves for the different variables (Figure 2), these results show that the SS+ strains maintained relatively stable cell densities at 31°C over the course of the experiment, despite significant changes in other variables. In contrast, CellDen (and some other variables) in the WT and SS- strain groups at 31°C changed much more over time.




Figure 4 | Pairwise Pearson correlation coefficients (r) between parameters for each strain type and temperature. (A) WT, (B) SS+ and (C) SS-. In order to facilitate visualization of large vs small correlations in each panel, red numbers are used to indicate non-significant correlations that were above p > 0.05. To highlight major differences between the two temperatures, blue and orange borders indicate r values that differ between strain types by ≥0.5 at 27°C and 31°C respectively. Variable abbreviations are as shown in Figure 2.






3.4 Multivariate analyses

In view of the complex interactions between many of the parameters that were exposed in the previous analyses, we then used multivariate methods to assess their cumulative effects. Specifically, we aimed to separate the strains with a linear discriminant analysis (LDA) and identify the minimum number of variables needed to distinguish strains with enhanced in hospite thermal tolerance. We dropped FSC and ϕPSII at the outset of these analyses because they had shown broadly similar behaviors to SSC and Fv/Fm respectively in the previous analyses. A principal component analysis (PCA) of the seven retained variables found that most (94.6%) of their variation was accounted for by five principal components (Figure S4, Table S2). These five components were then used as the input for the LDA.

As might be expected from the analyses above, LD1 and LD2 (explaining 66.1% and 23.3% of the between group variance respectively) distinguished the data for different times and temperatures respectively (Figure S5, Table S3). However, the three strain types were also separated, with all three distinguished at 27°C and SS+ distinguished from the other two at 31°C. In particular, the SS+ strains also changed less over time (i.e., showed a shorter Day 4 to Day 28 distance) at the higher temperature than did the other strains. There was also less variation among the three constituent SS+ strains (i.e., less dispersion around the centroids) than among the three SS- strains (Figure S5).

We next carried out separate LDAs on the data for each Day and with two subsets of the seven variables in order to compare the abilities of the seven variables to separate the strain groups from each other. We found that LDAs using the five flow cytometer measurements achieved similar levels of resolution as ones using all seven (Figures 5A, B). Interestingly also, the distinction between the three strain groups at 31°C was greater in the later Days, whereas at 27°C it was greater in the earlier Days. Under these two conditions (i.e., later Days at 31°C and earlier Days at 27°C), the SS+ and WT groups were clearly distinct from one another in LD1/LD2 space, with the SS- group intermediate between the other two.




Figure 5 | Plot of the two major linear discriminant functions for each strain type and temperature using various combinations of variables. (A) uses all seven retained variables (i.e., excluding ϕPSII and FSC), (B) just uses the five retained cytometry-based variables (i.e., ROS), CMTMRos, rGSH, Chl and SSC) and (C) just uses the two non-flow cytometry variables retained (i.e., CellDen and Fv/Fm). Mean values with their 95% confidence limits are given for the strain group (WT, SS+, SS-).



The LDAs only using the two non-flow cytometer variables retained, CellDen and Fv/Fm, showed broadly similar trends, including clearer discrimination between the strain groups in later Days at 31°C and earlier ones at 27°C, but overall, the resolution was somewhat less (Figure 5C).

The patterns in the LDAs thus showed that most of the variables contributed to some degree to the differentiation between strains. However, given the prominence of ROS, mitochondrial activity and rGSH in previous literature on heat tolerance, and the importance of ROS and mitochondrial activity revealed in our analyses, we also examined all the pairwise plots of those three variables alone. We found that most of the six pairwise plots for the two earlier Days at 27°C were able to distinguish the three types of strains, with no overlap between SS+ and WT and SS- again intermediate between them, albeit with some overlap with WT (Figures 6, S5).




Figure 6 | Pairwise plots of the three variables that most clearly separate the three strain types. The best resolution was achieved with a combination of ROS, mitochondria activity and rGSH at ambient temperature at Days 4 and 11. WT (blue), SS- (yellow), SS+ (red). Each point on each plot represents a different replicate of the respective strains. Equivalent plots for Days 18 and 28 at each temperature are shown in Figure S6.







4 Discussion



4.1 Methodological caveats

We have been able to use fluorescence markers and flow cytometry to identify in vitro physiological differences between our heat selected and control strains and, within the former, between those conferring heat tolerance in hospite and those not. Our results for the stain-based parameters were not calibrated against direct measures of the underlying biochemistries and we also lacked the specificity and proportionality validations for some of the parameters usually carried out with earlier methodologies. Nevertheless, where comparisons are possible, the directions of effects we have found broadly agree with predictions based on previous literature (see also below). We therefore suggest that our findings are valid representations of the relativities of each parameter among strains, temperatures and time-points, and their various interactions, whilst also recognizing the additional value in calibrating our methodology against absolute quantifications of the underlying biochemistries in future studies.

One additional caveat on the interpretation of our results concerns the time course of the experiment. We found the values for our stain parameters dropped initially in all three strain types and then rose again, while those for some other parameters (such as cell densities and photosynthetic activity) dropped markedly in all strains in the last sampling interval. We do not know the cause of the initial declines but those in the last time interval suggest the cells were becoming stressed by Day 28. The change in the last interval may be associated with the life cycle of the culture changing from exponential to stationary phase, perhaps reflecting nutrient depletion in the media. While no data on nutrient levels were available for the current experiment, it would be useful to measure them in future experiments, or to conduct those experiments under conditions of continuous nutrient supply.

A third caveat on our methods concerns the relatively long dark adaptation times (~six hours) we used ahead of our measurement of maximum quantum yield. Variable dark adaptation times are common in the literature, but they are generally under two hours (Bhagooli et al., 2021). We do not know how this difference would have affected our results.

Notwithstanding these caveats, consistent differences between strains and temperatures were still observed under our treatment conditions, with SS+ strains always showing lower values for ROS and mitochondrial activity and higher values for rGSH compared to WT. Overall, the SS- strains were generally intermediate for all three of these variables but moved closer to SS+ for ROS and mitochondrial activity over time.




4.2 Differences between SS and WT strains

The six heat-evolved Cladocopium C1acro SS strains we have studied had been exposed to 31°C for nine years before this work. Our preliminary biochemical analyses after six years of exposure (Buerger et al., 2020) showed that they out-performed the WT in terms of their cell growth, photosynthetic performance and ROS secretion at 31°C. Those earlier results are supported and extended by the progress curves of the current experiment. The current results show that the adaptation of the SS strains to the elevated temperature is associated with a variety of physiological changes, some of them manifest at both ambient and elevated temperatures and some only in the latter.

Compared to WT, the SS strains had lower values for intracellular ROS and mitochondrial activity as well as higher rGSH at both temperatures (except for rGSH at 31°C) at the start of the experiment and throughout its the duration. This suggests some of the adaptation of the SS strains to the elevated temperature was based on constitutively expressed differences in genes affecting oxidant/antioxidant pathways. This idea is also borne out by our previous findings that the SS strains showed both higher constitutive expression of heat tolerance genes at ambient temperatures and lower extracellular ROS at elevated temperatures (measured with CellROX Orange in Buerger et al., 2020).

Thus, we have shown that cellular processes affecting ROS, mitochondrial activity and rGSH levels are good candidates to be causally involved in the difference between the SS and WT strain groups and hence in the thermal tolerance of the microalgae themselves. The expression of ROS was heavily dependent on time and temperature, while the mitochondrial activity and rGSH were less dependent on those other factors. ROS can be produced in both the chloroplasts and mitochondria (Szabó et al., 2020) and the pool of available thiols (rGSH is a common ROS quenching mechanism in eukaryotes; Brandes et al., 2009). It has been shown that when ROS accumulates in a heat stressed cell, it can overwhelm the antioxidant systems, damage photosystems and reduce photosynthetic activity (Sharma et al., 2020), as well as disrupt mitochondrial functionality (Liberatore et al., 2016). Hence, several of the correlations between variables at 31°C were as might be expected. These included 1) a negative correlation between ROS and photosynthetic activities during heat stress due to the damage that oxidative radicals can cause to the photosystem, 2) a positive correlation between ROS and available thiols to quench oxidative radicals during heat stress, and 3) some correlation between the mitochondrial membrane potential and the level of oxidative stress. Given the absence of heat stress at 27°C, our findings of low/negligible values for the corresponding correlations at that temperature were also in line with expectations (Figures 3B, C).

MitoTracker Orange fluorescence has been shown to selectively stain mitochondria in microalgae such as Chlamydomonas (Salinas et al., 2012) and Chromera (Sharaf et al., 2019). Since the dye is positively charged, it is commonly referred to as a marker of mitochondrial membrane potential (Johnson & Spence, 2010), but research has shown that fluctuations in its fluorescence can also be linked to changes in the thiol groups of the mitochondria (Scorrano et al., 1999). We have not tested what specific effects it represents in our study but, assuming that the dye is a reflection of ΔΨm, the lower ΔΨm values and higher rGSH levels for the heat-evolved compared to the other strains, could be interpreted as adaptations which decrease their ROS production and enhance their ROS scavenging potential, respectively (Grene, 2002; Demine et al., 2019). However, as a consequence the cell would probably have to decouple its mitochondrial membrane potential and, as a result, show reduced ATP production from the mitochondria (Demine et al., 2019). This could further lead to slower growth rates in the absence of compensating production elsewhere (Larosa and Remacle, 2018). We saw no evidence of slower growth rates in the current study, but did see evidence for such a growth trade-off at ambient temperature in another experiment (Buerger et al., 2022).

Also of note is that MitoTracker Orange fluorescence actually increased in later Days in all strains at both temperatures, but particularly in WT at 31°C. This increase may reflect some level of hyperpolarization of the mitochondrial membranes and greater production of ATP, which can be an early sign of severe cellular stress (Weir et al., 2003) and would be consistent with the drop in cell densities observed, particularly for the WT in later Days at 31°C. However, the increase in fluorescence of MitoTracker Orange could also be related to the number of thiols present in the mitochondria instead of actual changes in the mitochondrial potential (Scorrano et al., 1999). MitoTracker Orange is mildly reactive to thiols due to its chloromethyl functional group and, in some cases, its fluorescence has been shown to increase independently of changes in the mitochondrial membrane potential (Scorrano et al., 1999). In any case, the oxidative state of mitochondrial can significantly influence the redox state of a cell, even if the mitochondria only produce a small amount of total reactive oxygen species (ROS) within the cell. This is due in part to the impact on associated signaling molecules but is also influenced by the lower ROS detoxification capability of mitochondria in comparison to other organelles such as the chloroplasts and peroxisomes (Foyer and Noctor, 2003). This highlights the complexity of the cellular redox state and underscores the complex role that mitochondria play in a cell’s redox state.

Other variables related to photosynthetic efficiency, namely cell density, size and morphology also differed between SS and WT strains. But these differences were generally more evident at 31°C than 27°C or at later rather than earlier sampling times. We speculate that these temperature and time dependent changes may reflect genetic adaptations that are induced by high temperature stress or may be secondary, consequential processes rather than primary, causal ones. Further investigation is necessary to determine the underlying mechanisms and causal relationships. In either event, the correlations among those variables and with ROS, mitochondrial activity and rGSH rarely explained more than half of their respective variances, so at least some of their differences reflect effects that were independent of each other and the oxidant/antioxidant differences.

Notably, comparative transcriptomics of three of the SS strains and the WT strain in holobionts with the coral Acropora tenuis at ambient temperatures had previously shown differences in the expression of genes involved in photosynthesis and measured photosynthetic yields between the two sorts of strains (Buerger et al., 2020). Notwithstanding the profound differences between in vitro and in hospite conditions, the two studies thus concur in finding differences between the SS and WT strains related to photosynthesis. To gain a more comprehensive understanding of the molecular mechanisms underlying the observed differences between microalgae strains, future studies should focus on integrating flow cytometry assays with different omics analyses.

Our findings for FSC indicating that the adaptations of the SS strains to the elevated temperature included relatively smaller cell sizes than WT also corroborates some earlier literature. Thus exposure to elevated temperatures over several years has been found to result in smaller cell sizes for other microalgae, including Emiliania huxleyi, Chrysochromulina rotalis and Prymnesium polylepis, as well (Skau et al., 2017). However, other literature suggests it may not be a specific adaptation to heat stress; decreases in cell sizes have also been reported as adaptations to fluctuating high pCO2 stress that evolve over time in the green microalga Ostreococcus (Schaum et al., 2016). Evolution towards smaller cell sizes still may help the microalgae counteract a swelling effect of the stress on individual cells; such an effect has been reported for other Symbiodiniaceae strains exposed to 32°C (Fujise et al., 2018) and was evident in the progress curves for FSC values in all our strains, but particularly WT, over the 28 Day course of the experiment.




4.3 Differences between SS+ and SS- strains

Importantly, our progress curves also showed differences in many of the variables between the SS+ and SS- strain groups, even though neither group had been exposed to elevated temperature in holobionts as opposed to ex hospite microalgae in culture since their establishment. In particular, ROS, CellDen, Fv/Fm and SSC all showed clear differences between SS+ and both SS- and WT in the later time-points at the higher temperature. Further, the performance of the SS- strains was in many cases intermediate between those of the SS+ and WT strains and the directions of the differences generally suggested that the SS+ strains experienced the least, WT the most, and SS- intermediate levels of stress at 31°C. These results imply that some of the same processes, particularly the oxidant/antioxidant and photosynthesis-related processes, operate to confer tolerance from microalgae to coral hosts in holobionts and ex hospite for microalgae in culture. Further, they suggest that more extreme changes from WT are needed to confer tolerance on the holobionts than from the heat-evolved microalgae.

Supporting the progress curves, the SS+ strains were also distinguished from the others in the temperature-dependent patterns of pairwise correlations among many of the variables. The most striking example involved cell densities, which showed little correlation with any other variable in SS+ at 31°C but were strongly correlated with most other variables in the other strain group-temperature combinations.

The key role of constitutively expressed differences in oxidant/antioxidant-related variables in distinguishing SS+ from the other strain types is shown by the fact that they could be separated using ROS, mitochondrial activity and rGSH data for 27°C alone. As noted, the differences in ROS measured here were in intracellular ROS, whereas our previous work (Buerger et al., 2020) did not find a difference between the two groups of heat selected strains in leaked, extracellular ROS. The extracellular ROS assay (which added the CellROX Orange to the culture medium after the Symbiodiniaceae cells had been removed by centrifugation, see Supplementary Materials; Levin et al., 2016; Chakravarti et al., 2017; Buerger et al., 2022) was only sensitive enough to detect a difference between the heat-evolved strains and wild-type strains. Extracellular ROS species such as hydrogen peroxide (H2O2) with longer lifetimes (Szabó et al., 2020) and singlet oxygen (1O2) sensitizing metabolites (Rehman et al., 2016) could trigger holobiont bleaching through effects on the coral host, whereas intracellular ROS species with shorter lifetimes might do so through intracellular effects on the microalgae (Rehman et al., 2016). However, insomuch as intracellular ROS could represent the pool from which leaked ROS is obtained, the intracellular ROS might also impact holobiont tolerance through effects on the host (Weis, 2008). Based on the relatively low levels of secreted ROS in all heat-evolved strains (Buerger et al., 2020), we suggest that their cell integrity was maintained during exposure to elevated temperatures. This suggestion could be tested in future experiments with cell envelope integrity probes. However, compared to SS-, SS+ strains must have additional strategies to also avoid intracellular ROS production with shorter lifetimes or the secretion of singlet oxygen sensing metabolites (Rehman et al., 2016) to account for their increased thermal tolerance in holobionts.

The fact that the dye-based flow cytometry assays for ROS, mitochondrial activity and rGSH at 27°C could distinguish SS+ strains from the others we tested could also be significant from a practical point of view. In particular, they suggest that in vitro data sets similar to ours could be used to train a supervised machine learning algorithm to predict the in vivo thermal tolerance of relatively large numbers of otherwise uncharacterised strains. Depending on the data, logistic regression, linear discriminant analysis (LDA), or partial least squares discriminant analysis (PLS-DA) could be used. The current data does not have enough replication to produce a reliable prediction model but a larger training set, perhaps of the order of 20 strains, could be sufficient to enable relatively rapid and mechanistically informative screens for a much larger number of unknown strains, the most promising of which could then be validated by in vivo testing in various holobionts. Validated strains could then be utilized for reef restoration purposes.





5 Conclusions

Our flow cytometry methodology has enabled us to differentiate between microalgal strains with distinct in vitro and in hospite heat tolerance profiles. Such a capability has not previously been available and opens up the possibility of large scale in vitro screening for candidate Symbiodiniaceae strains that confer their thermal tolerance phenotypes into a symbiosis with coral. Additionally, our methodology provides mechanistic information which could provide further guidance to future selection and breeding programs aimed at developing superior strains for deployment in various reef restoration contexts.

Specifically we found our heat-evolved Cladocopium strains differ from a control wild-type strain derived from the same mother culture in several aspects of oxidant/antioxidant levels, photosynthesis and cell size. The patterns of change suggest multiple physiological differences might have been involved, some constitutively expressed and some only evident at elevated temperatures. The more extreme phenotypes for some of these properties were also associated with higher temperature tolerance in hospite. In particular, expression of relatively low levels of intracellular ROS, mitochondrial activity and high levels of rGSH in ex hospite cultures at ambient temperature were found to be sufficient alone to distinguish the known heat-evolved strains that confer tolerance to the coral host from the others tested.

A key priority from here will be to test whether the differences we have found using flow cytometry are generalizable across more Cladocopium strains (and possibly also other Symbiodiniaceae species) and thermal tolerance phenotypes in vitro and in hospite. Where generalizable patterns are found, it should then be possible to develop and deploy sophisticated training data sets and machine learning algorithms in relatively high throughput screens for strains suited for reef restoration purposes.
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Mesophotic corals live at ~30-150 m depth and can sustain metabolic processes under light-limited conditions by enhancing autotrophy through specialized photoadaptations or increasing heterotrophic nutrient acquisition. These acclimatory processes are often species-specific, however mesophotic ecosystems are largely unexplored and acclimation limits for most species are unknown. This study examined mesophotic coral ecosystems using a remotely operated vehicle (Ashmore Reef, Western Australia at 40–75m depth) to investigate the trophic ecology of five species of scleractinian coral (from genera Leptoseris, Pachyseris, and Craterastrea) using stable isotope analyses (δ13C and δ15N) of host and symbiont tissues and protein concentration. Trophic strategies were analyzed between species and between overall corals sampled above and below the end-photic point, where light is only 1% of surface irradiance. Results showed species-specific differences in resource use. Leptoseris hawaiiensis, L. scabra, and P. speciosa had similar Δ13C values (δ13C host - δ13C symbiont) approaching zero (< 0.5 ‰) which indicated greater dependence on symbiont autotrophy. In contrast, Leptoseris glabra and Craterastrea levis had higher Δ13C values (1.4 to 3.5 ‰) which indicated a greater reliance on external carbon sources. The latter two species also demonstrated tight nitrogen recycling within the holobiont, exhibiting low Δ15N values (host δ15N - symbiont δ15N =< 0.5 ‰), compared to more autotrophic species (Δ15N = >1.2 ‰). Some species demonstrated the ability to maintain metabolic processes despite substantially reduced light availability (0.5 – 2% of surface irradiance). This research challenges our knowledge of acclimation limits for many scleractinian corals and contributes novel information for Ashmore Reef, the Western Australia region and mesophotic ecosystems in general, and critically examines common methods used to interpretate trophic ecology with bulk stable isotopes δ13C and δ15N.
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1 Introduction

Mesophotic coral reef ecosystems (MCEs) harbor scleractinian corals between ~30 to 150 m depth where light availability is reduced compared to shallow water. Many scleractinian corals rely on photoautotrophic nutrient input via symbiotic intracellular algae (Symbiodiniaceae) to meet metabolic demands in oligotrophic waters (Baker, 2003; Muller-Parker et al., 2015). Thus, light availability is the primary factor driving vertical coral ecology (Mass et al., 2010; Kahng et al., 2019; Tamir et al., 2019) and biodiversity changes over depth (López-Londoño et al., 2022). As corals are mixotrophic they can also acquire organic nutrients through heterotrophy by the active or passive capture of plankton or particulate organic matter (Lewis and Price, 1975; Sebens et al., 1996). Some coral species are depth-generalists, surviving from shallow water down to upper mesophotic depths (to ~60 m). In contrast, depth-specialist corals typically inhabit low-light, mesophotic environments (below ~60 m) (Bongaerts et al., 2015; Lesser et al., 2019) and have been recorded at 172 m depth (Leptoseris hawaiiensis, French Polynesia) (Rouzé et al., 2021). Increasing heterotrophic nutrient acquisition can compensate for potential photosynthetic deficiencies under low light availability (e.g., turbid waters, seasonal environmental changes, and depth) (Anthony andFabricius, 2000; Ferrier-Pagès et al., 2011; Kahng et al., 2019), provisioning longer-term energy reserves (Seemann et al., 2012; Tremblay et al., 2015) compared to rapidly metabolised photosynthates (Tremblay et al., 2015). However, the understanding of metabolic trade-offs at depth remains unclear and investigations into the trophic plasticity and photoadaptations of mesophotic Scleractinia under various environmental conditions are still in their infancy.

Interest in MCEs has accelerated over the last decade (reviewed in Turner et al., 2017) due to technical advances (e.g., remotely operated vehicles (ROVs), autonomous underwater vehicles (AUVs) and imaging technology) (Muir et al., 2015; Armstrong et al., 2019; Pinheiro et al., 2019) and interest in the Deep Reef Refuge Hypothesis (DRRH), which suggests MCEs may function as short-term ecological refuges, long term refugia or deep areas of resilience for threatened corals (Glynn, 1996; Riegl and Piller, 2003; Bongaerts and Smith, 2019). Despite this, mesophotic corals remain poorly studied when compared to shallow reefs (< 30 m) (Kahng et al., 2014; Turner et al., 2017; Eyal et al., 2021), and available literature is geographically biased towards the northern hemisphere regions (i.e., Atlantic, Red Sea, and Caribbean) (Turner et al., 2017; Muir and Pichon, 2019). Little is known about mesophotic ecosystems in the Indo-Pacific and northwest Australian regions, despite hosting some of the world’s most extensive reef systems with the highest coral species richness globally (Laverick et al., 2018; Muir and Pichon, 2019). Furthermore, physiological studies predominantly use common species from shallower waters such as Stylophora pistillata (Reynaud et al., 2002; Alamaru et al., 2009; Einbinder et al., 2009; Houlbrèque and Ferrier-Pagès, 2009; Mass et al., 2010) and Montastraea cavernosa (Vize, 2006; Lesser et al., 2007; Lesser et al., 2010; Serrano et al., 2014), hence there is a dearth of literature for the majority of mesophotic scleractinian corals (Loya et al., 2019). Understanding how mesophotic corals can survive in only a fraction of shallow reef irradiance (Englebert et al., 2017; Hoeksema et al., 2017) is an essential part of understanding their ecophysiology and limitations (Loya et al., 2016). Symbiodiniaceae can translocate up to 95% of their photosynthates to coral hosts (Sutton and Hoegh-Guldberg, 1990), yet corals can also increase heterotrophic reliance to supplement for metabolic deficits (Muscatine et al., 1989; Lesser et al., 2010; Sturaro et al., 2021) as photosynthate production slows over depth (Mass et al., 2010; Kahng et al., 2019).

Whole tissue (bulk) stable isotope analysis (SIA) of carbon (δ13C) and nitrogen (δ15N) provides information about the trophic ecology and dietary contributions of corals (Muscatine et al., 1989; Reynaud et al., 2002; Lesser et al., 2010; Tremblay et al., 2015). The δ13C values of coral host tissues typically reflect those of key nutrient sources, such as photosynthates from symbionts or external carbon sources obtained heterotrophically from the water column (i.e., plankton and particulate organic matter) (Peterson and Fry, 1987; Muscatine et al., 1989; Kahng et al., 2019). Therefore, larger deviations in δ13C between the coral host and symbionts indicate the incorporation of external nutrients. The process of photosynthesis preferentially fixes lighter carbon isotopes (12C) (Muscatine et al., 1989), thus symbionts with higher photosynthetic rates have higher δ13C values (i.e., in shallow waters) (Muscatine et al., 1989; Reynaud et al., 2002; Lesser et al., 2010). Subsequently, δ13C values of symbionts (and the overall holobiont) typically decrease gradually with increasing depth in response to light reductions that lower photosynthetic fractionation (Heikoop et al., 1998; Lesser et al., 2010). Low host δ13C values can also result from heterotrophic feeding and may reflect the δ13C values of particulate resources such as phytoplankton and zooplankton (-17 ‰ to -21 ‰) (Land et al., 1975; Fontugne and Claude Duplessy, 1978; Rodrigues and Grottoli, 2006).

In typical food webs, an estimated average δ15N enrichment of approximately +2 to 3.4 ‰ occurs in consumers with each trophic level (Minagawa and Wada, 1984; Lesser et al., 2010) and has previously been used to assess levels of heterotrophy in corals. This enrichment estimation, however, incorporates averages from various taxa and environments (including terrestrial and freshwater) (Minagawa and Wada, 1984; Zanden and Rasmussen, 2001). In addition to this, there are no overall trends between δ15N and heterotrophy in mesophotic corals (Lesser et al., 2022), likely due to multiple nitrogen inputs (Mullin et al., 1984) and nitrogen recycling (Reynaud et al., 2009; Tremblay et al., 2015; Rangel et al., 2019), however this relationship has been largely unstudied. Complementary physiological/metabolic measurements (e.g., dietary biomarkers, protein analysis, photosynthetic proxies) can strengthen the interpretation of SIA and trophic strategies (Houlbrèque et al., 2003; Ferrier-Pagès et al., 2011; Crandall et al., 2016; Radice et al., 2019a), yet species-specific physiological adaptations and metabolic trade-offs at depth should also be considered (Houlbrèque and Ferrier-Pagès, 2009; Cooper et al., 2011a; Cooper et al., 2011b; Seemann, 2013; Brunner, 2015).

Western Australia includes a vast marine realm spanning over 30 degrees of latitude where important coral biodiversity hotspots have been identified in shallow waters (< 30 m) of the north-west region (e.g., Scott Reef, Ashmore Reef) (Richards et al., 2014). To date, few studies have analyzed mesophotic coral physiology in the extended Western Australian region (Cooper et al., 2011a; Cooper et al., 2011b) and, to our knowledge, the physiology of mesophotic corals at Ashmore Reef has never been examined. This study aimed to determine the levels of autotrophy and heterotrophy in mesophotic coral species using SIA of carbon (δ13C) and nitrogen (δ15N) and protein analyses. As the sampling range extends into the lower mesophotic depths, it is hypothesized that in general, coral species will require the input of external nutrient sources to sustain their metabolic budget at depth necessitated by low light levels. It is also hypothesized that P. speciosa, a known obligate autotroph (Veron, 2000), will differ to the depth-specialist species of the genera Leptoseris and Craterastrea. Here, we provide a first assessment of in-situ trophic ecology in depth-specialists Craterastrea levis, Leptoseris glabra, Leptoseris hawaiiensis, Leptoseris scabra and depth-generalist Pachyseris speciosa for Western Australia. This research also provides valuable information on the limits of acclimation of Indo-Pacific mesophotic corals and the trophic capabilities of zooxanthellate corals at depth.




2 Materials and methods



2.1 Sample collection

Ashmore Reef is an exposed, oceanic reef situated in the Timor Sea along Australia’s north-west shelf, 460 km north of the Dampier Peninsula on Australia’s mainland (Supplementary Figure 1A). Sample collections were conducted at Ashmore Reef, Western Australia (12°13’45°S 123°02’15°E) on the R/V FALKOR between 12 and 24 April 2021, as part of the Mesophotic Coral Examination hosted by Schmidt Ocean Institute in collaboration with the Australian Institute of Marine Science, University of Western Australia, Western Australian Museum and Curtin University. Coral sampling was conducted at six sites around the reef between 41 – 75 m (Supplementary Figure 1B) (Permit Number AU-COM2021-508). Sites were chosen to encompass habitats around as much of the reef as possible to align with shallow reef monitoring sites (Gilmour et al., 2019), however the most eastern side of the reef was not accessible for sampling due to strong currents. Leptoseris spp. and Pachyseris sp. were target taxa based on their known presence at mesophotic depths in NW Australia (Cooper et al., 2011a; Cooper et al., 2011b; Turner et al., 2018; Heyward and Radford, 2019; Muir and Pichon, 2019). April marks the beginning of the dry season, and conditions during all sampling days were calm with no cloud cover.

Coral fragments (~5 cm length) were sampled using the Remotely Operated Vehicle (ROV) SUBASTIAN and stored in solid quivers, in seawater from the collection site (i.e., same water temperature), for the duration of the dive (~1.5 - 7 hours), where no light reached the samples. Few samples were alternatively stored in transparent boxes on the ROV. Subsequently, all samples were immediately transferred to the lab and only samples stored in quivers (where there was no light interaction) were measured for dark-adapted quantum yield (Fv/Fm). Fragments for SIA and protein analysis were subsampled and rinsed with filtered seawater (FSW) (0.45 µm Millipore filters through an EZ-STREAM® vacuum pump) to remove any extraneous particles or debris and frozen at -80°C.

The species were identified based on skeletal morphology as Leptoseris hawaiiensis, Leptoseris glabra, Leptoseris scabra, Craterastrea levis and Pachyseris speciosa. All sample information (e.g., species, depth, site) is detailed in Supplementary Tables 1, 5.




2.2 Environmental variables

CTD casts (Biospherical Quantum Sensor, LI-COR) recorded downwelling profiles of solar irradiance (photosynthetically active radiation (PAR) µmol m-2 s-1) (McCree, 1981), temperature (°C) (ITS-90), and chlorophyll-a (mg-1 m-3) (WET Labs ECO-AFL/FL). An overall mean PAR by depth was calculated from midday (11:30am - 12:30pm) from two CTD casts (sites 2W and 3NW) and when solar irradiance was highest (Mass et al., 2010; Kirk, 2011; Tamir et al., 2019). This informed mean mid-photic and end-photic points that occur at 10% and 1% of surface PAR, respectively (Lesser et al., 2010; Kirk, 2011). To further describe the light environment at Ashmore Reef, a mean vertical diffuse attenuation coefficient of downwelling light (PARKd) was calculated according to Lambert-Beer law (Iz = I0 eKdz) defined by Kirk (2011). PARKd is primarily influenced by solar incidence (Brakel, 1979; Lesser et al., 2019), scattering, and absorption of light in the water column (Kirk, 2011; Muir and Pichon, 2019). Due to logistical issues and challenging current conditions, not all environmental variables were obtained from each site (Supplementary Table 2). It is acknowledged that temporal differences in cast times could influence readings.




2.3 Taxonomic identifications

Skeletal vouchers were taxonomically examined to identify species based on the accepted names in the World Register of Marine Species (https://www.marinespecies.org - 12.08.2021). Identifications were made after viewing macro and microstructural features and with reference to the following literature (Dinesen, 1980; Veron, 2000; Benzoni et al., 2012; Arrigoni et al., 2019). Whole skeletal images were taken with a Cannon EOS80D DSLR Camera, and macro images with a Leticia LAS X camera. Scanning electron microscopy (SEM) was undertaken on select specimens using the Vega3 Tescan Variable Pressure microscope (HV: 20kV, BI 10.00) in the John de Laeter Centre at Curtin University, Western Australia.




2.4 Ecophysiology



2.4.1 Photo-physiology

Dark-adapted quantum yield of photosystem II (Fv/Fm) of each colony was measured to determine coral health at the time of sampling. This was carried out using a Dive Pulse-Amplitude-Modulated (PAM) Fluorometer (Diving-PAM, Walz Gmbh, Germany) with the saturation pulse method (Genty et al., 1989; Schreiber, 2004) within 45 minutes after reaching the surface. Corals were only taken out of the quivers briefly (~30 seconds) to perform PAM measurements under a low artificial light (~1 – 2 μmol photons m-1 s-1). Average values were taken from three measurements of the outer, central, and inner sections of each colony (>20 mm apart) to capture intracolonial variation in chlorophyll distribution (Ralph et al., 2005). The fiberoptic cable was held directly onto the coral coenosarc (the most planar surface) as a standardization of optical distance (0 mm), in order to minimize potential variation in fluorescence (Ralph et al., 2005).




2.4.2 Stable isotope analysis (SIA)

The methodology used for SIA was an adaptation of Einbinder et al. (2009) and Reynaud et al. (2002). Samples were thawed from -80°C and holobiont material comprising the animal host tissue (host) and algal symbionts (symbiont) was removed by gently airbrushing (OZITO 3 L 105 W airbrush) with a reservoir of 10 - 15 mL FSW (0.45 µm) at a maximum of 4 psi. The holobiont slurry was initially centrifuged (Heraeus Multifuge X1R Centrifuge, Thermo Scientific) at 4°C at 3000 g for 5 minutes to separate the host tissue from the symbiont pellet. Mucousy samples that did not separate on initial centrifugation were homogenized using a handheld tissue homogenizer (D-9, MICCRA) for 30 - 60 seconds on 11,000 rpm and centrifuged again at 3000 g for 5 minutes (Sturaro et al., 2019). The host supernatant was centrifuged again (3 times) at 4°C at 3000 g for 5 minutes and purity was checked under a compound microscope. The symbiont pellet was resuspended in 2 mL of FSW and centrifuged again at 3000 g for 5 minutes. The supernatant was discarded, and this process was repeated 2 - 3 times before checking for purity.

The symbiont components were acidified with 1 N HCl to remove any residual carbonates (e.g., skeletal fragments). The acid was added dropwise with a pipette until bubbling ceased (Sturaro et al., 2019). Acidified samples were sonicated for 10 minutes before being repeatedly washed with FSW and centrifuged at 3000 g for 5 minutes until supernatant pH = 7 (neutral). Any white top layer that may comprise host lipids and excess liquid was removed with a pipette. Samples were freeze-dried (Alpha 1-2 LD plus Freeze-Dryer, Martin Christ) for >24 hours.

Triplicates of the dried host and symbiont material (~0.2 mg for symbiont and ~0.2 - 0.6 mg for host tissue) were encapsulated in tin cups (3.5 × 5 mm, Eurovector) and combusted to CO2 and N2 in an Elemental Analyzer (Flash 2000 HT, Thermo Scientific) coupled to an Isotope Ratio Mass Spectrometer (DELTA V Advantage Mass Spectrometer, Thermo Scientific) via a ConFlow IV to measure stable isotope ratios of carbon (13C/12C) and nitrogen (15N/14N) as δ13C and δ15N in per mil (Western Australian Organic & Isotope Geochemistry Centre labs, Curtin University, Australia) for host (n = 30) and symbiont (n = 30) samples. The instrument was calibrated by running triplicate blanks and duplicates of certified reference materials USGS40 (L-glutamic acid), USGS41 (L-glutamic acid) (Qi et al., 2003), and IAEA-600 (caffeine) (Coplen et al., 2006), before and after each full sample batch. Instrumental analytical precision for carbon and nitrogen was 0.1 ± 0.08 ‰ and 0.1 ± 0.09 ‰, respectively. SIA values for individual samples were averaged from triplicates and conventionally expressed as delta (δ) values in parts per mil (‰) as deviations relative to the Vienna Peedee Belemnite Limestone Standard (V-PDB) for C and atmospheric nitrogen gas (N2) for N (Peterson and Fry, 1987; Coplen, 2011; Ben-David and Flaherty, 2012).

	




2.4.3 Host protein concentrations

Aliquots for protein analysis were obtained from final host supernatant samples by pipetting 0.5 mL of host tissue into a 20 mL glass vial, diluted with 2 μL of FSW and stored at -20°C prior to analysis. The absorbance of samples was measured in triplicate by adding 2 μL of tissue to a Nanodrop 1000 Spectrophotometer (software V3.8) to obtain average absorbances at λ 235 nm and 280 nm (setting: ProteinA280; sample type: universal mg/mL). The instrument was repeatedly calibrated to Milli-Q® water and FSW was used as a control for the possible presence of proteins in the dilutant. Calculations to determine concentrations followed those by (Whitaker and Granum, 1980) to account for interference of other nucleic and amino acids.

	

Data were normalized to the surface area of the coral airbrushed. Surface area measurements were taken using the foil method as in (Marsh, 1970). Four 100 cm2 (10 cm x 10 cm) squares of foil were cut and measured to obtain a mean weight for 100 cm2, then the area for 1 cm2 calculated. Final protein concentration (mg/mL) per cm2 of skeletal surface area was calculated as:

	

The foil method has come under critique for overestimating the surface area of branching and rounded morphologies due to significant foil overlapping (Hoegh-Guldberg, 1988; Veal et al., 2010), yet all corals in this study exhibited flat, simple morphologies which avoided overlapping.





2.5 Statistical analysis

All analyses were conducted in R (v1.4.1717). Data were inspected visually to check normality and homogeneity using histogram charts and sample quantile plots (RStudio Team, 2020). Linear Mixed Effects (LME) models (‘nlme’) were used to test for effects of species, species and tissue type, or depth and species with site included as a random effect.

Sampling was not fully replicated across species and depths due to the opportunistic sampling method, challenges with environmental conditions and patchy habitat distribution in Ashmore’s mesophotic reef. Subsequently, analyses were performed for overall means for either species or irradiance level. Corals were separated into two irradiance levels: above 1% of surface irradiance (above 1% SI), which included corals from 45 – 54 m depths (n = 11), and below 1% of surface irradiance (below 1% SI), which included corals from 55 – 75 m depths (n = 19). These groups represent corals living above and below the mean end-photic point, which occurs when light levels reach just 1% of surface irradiance.

One outlier was removed from the analysis of protein (L. hawaiiensis < 55 m depth). The difference in stable isotopes between individual paired host and symbiont samples (Δ13C and Δ15N) were also tested (e.g., host δ13C – symbiont δ13C). Significance levels were based on α = 0.05. Post-hoc Tukey pairwise tests were analyzed for significant results (‘emmeans’). Means are ± 1 Standard Deviation. Pearson’s correlation tests were used to test relationships between depth vs. symbiont δ13C, symbiont δ15N and protein. Ellipse plots of isotopic niches (δ13C vs. δ15N) were plotted based on a 40% confidence interval representing the maximum likelihood standard ellipse area (Jackson et al., 2011). All raw data are contained in Supplementary Table 5.





3 Results



3.1 Environmental characterization

Solar irradiance (PAR) followed an exponential decline over depth. Mean surface PAR was 2245 µmol m-2 s-1 (at 1 m) with an average diffuse attenuation coefficient of PARKd = 0.069 m-1. Mean mid- (10%) and end-photic (1%) points were realized at 27 m and 54 m, respectively (Supplementary Figure 2). This represents the optical properties of water at Ashmore Reef at time of sampling. Mean sea surface temperature was 29.51 ± 0.12°C (± SE) and gradually decreased over depth by 1.69 ± 0.17°C to 80 m depth (Supplementary Figure 2). This indicated relatively consistent temperatures across the sampled depth range (41 – 75 m). Chlorophyll-a fluorescence readings for chlorophyll-a density in the water column represented quantities of phytoplankton across depth. These quantities were highest at mesophotic depths, with all sites exhibiting low phytoplankton concentrations at the surface (< 1 mg m-3) until 25 – 35 m or deeper before peaking at depths approximate to the upper mesophotic zone (30 – 68 m).




3.2 Photo-physiology (dark-adapted quantum yield)

Dark-adapted quantum yields (Fv/Fm) across species ranged from 0.69 - 0.71, which indicated that corals were in healthy condition at the time of sampling (Ralph et al., 2015, e.g., Padilla-Gamiño et al., 2019; Bhagooli et al., 2021). There were species differences detected in Fv/Fm among species (F1,23 = 5.69, p = 0.002). Pairwise Tukey post-hoc test showed Leptoseris hawaiiensis (0.71 ± 0.01) had significantly higher Fv/Fm than P. speciosa (0.67 ± 0.03) (t19 = 3.411, p = 0.022) and L. glabra (0.67 ± 0.01) (t,19 = -3.589 p = 0.015), yet overall mean values in corals remained constant between depths above and below 1% SI (F1,23 = 0.610 p = 0.444).




3.3 Coral stable carbon isotope (δ13C) analysis

The coral host and symbiont fractions were analyzed for δ13C (‰). Mean coral host δ13C trends showed higher values in L. glabra (-19.1 ± 1.5 ‰) and C. levis (-19.5 ± 0.7 ‰) compared to L. hawaiiensis (-21.3 ± 1.4 ‰), L. scabra (-20.1 ± 2.0 ‰), and P. speciosa (-20.2 ± 1.2 ‰) (Table 1; Figure 1A), yet these differences were not significant (F4,22 = 2.394, p = 0.081) (Supplementary Table 4). In contrast, symbiont δ13C values were lowest in L. glabra (-22.6 ± 0.8 ‰) and C. levis (-21.0 ± 1.4 ‰) and highest in L. scabra (-20.6 ± 1.5 ‰) and P. speciosa (-20.7 ± 0.7 ‰) (Table 1; Figure 1B). Linear mixed effects models indicated a significant effect of species (F4,22 = 3.565, p = 0.022), with Tukey pairwise tests revealing significantly lower symbiont δ13C in L. glabra (-22.6 ± 0.8 ‰) compared to both L. hawaiiensis (-20.9 ± 0.7 ‰) (t22 = -3.502, p= 0.015) and P. speciosa (-20.7 ± 0.7 ‰) (t22 = -3.535, p = 0.014) (Supplementary Table 4).




Figure 1 | (A) Mesophotic coral host (pink) and symbiont (green) δ13C values, (B) δ15N values, and (C) isotopic niches of hosts (pink solid line) and symbionts (green dashed line) from five coral species collected between 44 m and 75 m depth from Ashmore Reef, Western Australia. Dots in (C) represent individual data points and ellipses are based on a 40% confidence interval that represent the maximum likelihood standard ellipse area. The sample size of Leptoseris scabra (n = 3) was insufficient to calculate an ellipse, however trends in its isotopic niche can be observed.




Table 1 | Overall means of stable isotope variables (Host δ13C and δ15N, Symbiont δ13C and δ15N, host-symbiont δ13C (Δ13C), and host-symbiont δ15N (Δ15N) and protein concentrations in mesophotic corals collected in April 2021 from Ashmore Reef, Western Australia, across species and irradiance levels (over 1% surface irradiance (SI) and under 1% SI).



Differences in host δ13C were not detected between depths above and below 1% SI (F1,25 = 0.013, p = 0.909), however overall symbiont δ13C had a significant relationship with depth and became more negative as depth increased and light availability diminished (correlation= -0.545, t28 = -3.435, p = 0.002) (Figure 2). Accordingly, corals from depths above 1% SI (-20.3 ± 0.8 ‰) had significantly higher symbiont δ13C values than corals below 1% SI (-21.4 ± 1.0 ‰) (F1,25 = 7.277, p = 0.012).




Figure 2 | Trends over depth of Symbiont δ13C (44 m to 75 m) recorded in mesophotic coral species in April at Ashmore Reef, Western Australia.



Linear mixed effects models used to test for differences between coral host vs. symbiont δ13C among species found no significant effect of species (F4,47 = 1.286, p = 0.289), however there was a significant effect of host vs. symbiont tissues (F1,47 = 6.417, p = 0.015) and an interaction between species and tissue type (F4,47 = 4.401, p = 0.004) (Supplementary Table 4). Tukey post-hoc tests showed that L. glabra had higher host δ13C values (-19.1 ± 1.5 ‰) compared to its symbionts (-22.6 ± 0.8 ‰) (t47 = 4.363, p = 0.003) (Figure 1A).

The Δ13C value is the pairwise difference between individual coral host and symbiont δ13C values and was also tested for differences among species and between irradiance levels. Leptoseris glabra (3.5 ± 1.7 ‰) and C. levis (1.4 ± 1.0 ‰) had relatively higher Δ13C compared to all other species (L. hawaiiensis, P. speciosa and L. scabra) that had Δ13C values below 0.5 ‰. (Table 1; Figure 3A). Linear mixed effects models revealed an effect of species (F4,21 = 4.086, p = 0.013), with significant differences between in L. glabra (Δ13C = 3.5 ± 1.7 ‰) and L. hawaiiensis (-0.4 ± 1.7 ‰) (t21 = 3.928, p = 0.006) (Supplementary Table 4). Mean coral Δ13C was also analyzed between irradiance levels, with corals above 1% SI exhibiting extremely low mean Δ13C values (0.1 ± 1.6 ‰), compared to corals below 1% (1.1 ± 2.2 ‰), yet there was a lot of variation within the data and differences between these irradiance levels were not significant (F1,21 = 2.328, p = 0.142).




Figure 3 | (A) Differences between paired δ13C values from individual coral hosts and symbionts (Δ13C) and (B) paired δ15N values from individual coral hosts and symbionts (Δ15N) in five mesophotic coral species (44 m to 75 m depth) from Ashmore Reef, Western Australia.






3.4 Coral stable nitrogen isotope (δ15N) analysis

Mean coral host δ15N values of corals ranged from 5.3 ± 0.6 ‰ (L. glabra) to 6.3 ± 0.7 ‰ (L. scabra) (Table 1), yet no significant differences occurred among species (F4,22 = 0.347, p = 0.844) (Table 1; Figure 1B; Supplementary Table 4). Conversely, there was a significant effect of species on symbiont δ15N (F4,22 = 3.476, p = 0.024). Craterastrea levis and L. glabra shared the lowest mean symbiont δ15N (5.0 ± 0.6 ‰ and 5.0 ± 0.8 ‰, respectively) while L. hawaiiensis had the highest (3.6 ± 1.3 ‰), however differences were only significant between L. hawaiiensis and L. glabra (t22 = 3.216, p = 0.029) (Figure 1B; Table 1; Supplementary Table 4). Irradiance level did not affect host δ15N (F1,25 = 1.166, p = 0.290) or symbiont δ15N (F1,25 = 0.959, p = 0.337). (Table 1; Figure 1B; Supplementary Table 4). In contrast to symbiont δ13C data, no significant trends were found between symbiont δ15N and depth (correlation = -0.137, t28 = -0.734, p = 0.469).

Linear mixed effects models were used to test for differences in δ15N between coral hosts and symbionts among species. Results showed no significant effect of species (F4,47 = 1.024, p = 0.405), however there was a significant effect of tissue type (F1,47 = 34.803, p<0.001). Tukey post-hoc tests showed that L. hawaiiensis host had significantly higher host δ15N (5.8 ± 1.4 ‰) compared to its symbionts (3.6 ± 1.3 ‰) (t47 = 5.181, p<0.001) (Table 1; Figures 1B, C; Supplementary Table 4).

The Δ15N value reflects the difference between individual host and symbiont δ15N values and was assessed among species and depth ranges. Coral Δ15N was highest in L. hawaiiensis (2.3 ± 1.2 ‰) and L. scabra (2.1 ± 0.6 ‰) and lowest in L. glabra (0.3 ± 1.1 ‰) and C. levis (0.5 ± 0.4 ‰) (Table 1; Figure 3B). The coral species had a significant effect on Δ15N (F4,21 = 3.490, p = 0.025) with Tukey post-hoc tests revealing that L. hawaiiensis had significantly higher mean Δ15N than L. glabra (+2 ‰) (t21 = -3.077, p = 0.041). There was no significant effect of irradiance level, with Δ15N values remaining constant between corals from depths above and below 1% SI (1.4 – 1.5 ‰) (F1,21 = 0.086, p = 0.773) (Table 1; Supplementary Table 4).




3.5 Trends in isotopic niches over species and irradiance levels

The isotopic niches of L. glabra and L. hawaiiensis hosts and symbionts did not overlap, with δ13C values differentiating L. glabra isotopic niches while δ15N values differentiated L. hawaiiensis niches. The isotopic niches of P. speciosa and C. levis showed slight overlap between hosts and symbionts. While there was insufficient data to plot isotopic niches of L. scabra, hosts and symbionts were also differentiated by δ15N values (Figure 1C).

Isotopic niches of coral hosts and symbionts did not overlap at any irradiance level, with δ15N values driving niche in corals at depths above 1% of surface irradiance, and 13C and 15N influencing differentiation in corals at depths below 1% of surface irradiance (Figure 4).




Figure 4 | Coral isotopic niches of host and symbiont carbon (δ13C) and nitrogen (δ15N) stable isotopes from colonies sampled between 44 m and 75 m depth in April at Ashmore Reef, Western Australia. Depth ranges are relative to the recorded depth of the end-photic point (1% of surface irradiance at 45 m depth) and categorized into light environments above and below 1% of surface irradiance (SI). Triangle and dot points represent individual data from host (circle) and symbiont (tringle) fractions. Ellipses are based on a 40% confidence interval that represents the maximum likelihood standard ellipse area.






3.6 Host protein concentration

There was significant variance in protein among species (F4,20 = 4.635, p = 0.008), with L. scabra (2.26 ± 0.3 mg mL-1 cm-2) and C. levis (1.9 ± 0.5 mg mL-1 cm-1) having ~2 - 2.3 times higher protein concentrations than P. speciosa (0.97 ± 0.5 mg mL-1 cm-2) (L. scabra vs. P. speciosa, t20 = 3.277, p = 0.028, and C. levis vs. P. speciosa, t20 = 3.515, p = 0.016) (Table 1; Supplementary Table 4), while L. hawaiiensis and L. glabra had similar protein concentrations of ~1.5 mg mL-1 cm-2 (Table 1). There were no correlations detected between protein concentration and depth (correlation = -0.094, t28 = 1.519, p = 0.140), and no statistical differences were detected in corals from depth above or below the end photic point (1% SI) (F1,20 = 3.398, p = 0.080) (Table 1; Supplementary Table 4).





4 Discussion

To gain insight into the limits of acclimation of mesophotic corals, this study assessed autotrophy and heterotrophy through the analysis of SIA and protein concentrations of several mesophotic species at Ashmore Reef, Western Australia, across a 31 m depth range (44 to 75 m) from light environments above and below the end-photic point (at 1% of surface irradiance). We found that, despite extremely low light conditions, L. hawaiiensis, L. scabra, and P. speciosa were able to maintain metabolic processes predominantly through photosynthetic carbon, whereas L. glabra and C. levis showed higher dependencies on heterotrophy. No significant differences between autotrophy and heterotrophy were observed between corals from depths above versus below 1% of surface irradiance and thus, the end-photic point does not represent an environmental threshold for nutrient acquisition in this study. This research presents the first physiological data for C. levis (observed 44 – 75 m), an understudied and apparently uncommon depth-specialist species.



4.1 Varying carbon sources among species

The lowest host δ13C value was -23.0 ‰ in our study (L. hawaiiensis), with an even lower symbiont δ13C value of -23.7 ‰ (different colony of L. hawaiiensis) that may be the lowest reported for a symbiotic scleractinian coral, thus expanding recorded δ13C ranges. Similarly low host and symbiont δ13C values were reported for mesophotic coral in Hawaii (-22.7 ‰), Red Sea (-22.7 ‰), and Jamaica (-22.4 ‰) (Muscatine et al., 1989; Einbinder et al., 2009; Padilla-Gamiño et al., 2019), providing insight into the metabolic limits of corals. In general, symbiont δ13C values tended to be more negative than host δ13C in our study. It is likely that metabolic CO2 derived from mesophotic hosts with low δ13C may drive the particularly low symbiont δ13C values observed, in addition to greater isotopic discrimination due to reduced photosynthesis (Muscatine et al., 1989). This trend could also be attributed to a higher concentration of 13C-depleted fatty tissues (e.g., lipids) (Alamaru et al., 2009; Sturaro et al., 2019), which can be considerably elevated in symbiont cells compared to their host (Radice et al., 2019a).

Increasingly negative symbiont δ13C over depth indicated that photosynthetic activity was reduced as light availability decreased (Farquhar et al., 1989; Muscatine et al., 1989; Lesser et al., 2022). Despite this, L. hawaiiensis, P. speciosa and L. scabra had Δ13C values close to zero, suggesting reliance on symbiont-derived carbon and efficient carbon cycling (Muscatine et al., 1989). Pachyseris speciosa is primarily more autotrophic (Veron, 2000) and does not increase heterotrophy over depth in another Indian Ocean location (Radice et al., 2019a; Radice et al., 2019b; Radice et al., 2022), thus this species provides good indication that δ13C interpretations of autotrophy in this study are robust.

In contrast, L. glabra and C. levis had higher distinctions between their host and symbiont δ13C (Δ13C = 1.4 ± 1 ‰ and 3.5 ± 1.7 ‰, respectively), indicating greater assimilations of externally-derived nutrients, likely in compensation for low photosynthetic carbon assimilation (Swart, 1983; Reynaud et al., 2002; Palardy et al., 2008; Lesser et al., 2010). Host δ13C of these species were also within the ranges of small plankton (-17 ‰ to -21 ‰) (Land et al., 1975; Fontugne and Claude Duplessy, 1978; Rodrigues and Grottoli, 2006). The capacity for heterotrophic prey uptake is species-specific and subject to food availability (Ferrier-Pagès et al., 2003; Tremblay et al., 2015). High chlorophyll-a concentrations at the sampling depths (~1.5 mg m-3) suggest rich availability of particulate matter in the mesophotic at Ashmore Reef (i.e., phytoplankton) that would support zooplankton (Kiørboe, 2011), particularly compared to other mesophotic ecosystems (e.g., 0.6 - 1 mg m-3) (Bridge et al., 2011; Ziegler et al., 2015). Thus, it is likely that corals in this oceanic reef are acquiring higher levels of plankton to meet metabolic demands. The mixotrophic abilities of scleractinian zooxanthellate corals, however, comprise a range across a spectrum. Clear separation of L. glabra isotopic niches driven by δ13C suggest the reliance for heterotrophy in this species exceeds that of C. levis, which shows slight overlap.




4.2 Higher Δ15N in autotrophic vs. heterotrophic reliant species

Nitrogen is essential for maintaining symbiont growth, photosynthesis and overall holobiont health in corals (Falkowski et al., 1993; Radecker et al., 2015). Lower Δ15N values were recorded in corals exhibiting greater heterotrophic inputs of carbon (L. glabra, C. levis) compared to corals assimilating more photosynthates (L. hawaiiensis, P. speciosa, L. scabra). In typical food webs, consumers exhibit a stepwise enrichment of δ15N and as such, can be used to determine trophic position (Minagawa and Wada, 1984; Lesser et al., 2010). If applying this method to corals, we would expect the host tissues to have significantly higher δ15N than its symbiont. Yet, the effects of acquiring nitrogen from multiple sources (Mullin et al., 1984) and effective nitrogen recycling within the holobiont (Reynaud et al., 2009; Tremblay et al., 2015; Rangel et al., 2019) complicates the application of a coral trophic enrichment factor that is likely lower (0 - 2 ‰) than in other animals (Radice et al., 2022).

In addition to particulate matter capture, corals obtain nitrogen through the uptake of dissolved inorganic nitrogen (DIN) in the forms of ammonium and nitrate (Mullin et al., 1984; Grover et al., 2002). Ammonium is preferred by corals (Bythell, 1990), however, nitrate often increases in availability from shallow to mesophotic depths (Mullin et al., 1984; Morrow et al., 2016; Radice et al., 2021). Ammonium is depleted in 15N (Miyake and Wada, 1967), thus it would be expected that its acquisition decreases coral δ15N. The δ15N of nitrate is generally correlated to its concentration levels (Erler et al., 2015; Isaji et al., 2022), but deep-water nitrate typically fall between ~5 – 7 ‰ at subsurface depths (< 200 m) because of the deep-water oceanic pool (Sigman et al., 2009; Sigman and Fripiat, 2019; Isaji et al., 2022). When considering that (1) DIN is mostly acquired and used by the symbionts (Muscatine and D’Elia, 1978; Pernice et al., 2012), and (2) the uptake rates of ammonium can be significantly higher in more autotrophic vs. more heterotrophic corals (Grover et al., 2002) - the acquisition of both dissolved inorganic nitrate and ammonium can explain higher host vs. symbiont δ15N values in photosynthate-dependent corals (L. hawaiiensis, P. speciosa and L. scabra) (Δ15N =1.2 to 2.3 ‰).

By contrast, the very similar host and symbiont δ15N values in L. glabra and C. levis demonstrate tight holobiont nitrogen recycling (Δ15N = 0.3 - 0.5 ‰) (Reynaud et al., 2009; Rangel et al., 2019), with Δ15N differences being significant between L. glabra (more heterotrophic) and L. hawaiiensis (more autotrophic). Nitrogen can be translocated between the host and symbiont within hours (Tremblay et al., 2015), which may become particularly important if light limitation affects symbiont nitrogen uptake. As plankton ingestion can result in the synthesis of over three times more nitrogen than DIN (Hoegh-Guldberg and Williamson, 1999; Grover et al., 2002), it is hypothesized that heterotrophic nitrogen acquisition from plankton or particulate organic matter could provide a metabolic advantage to the uptake of dissolved nitrogen. If symbiont density decreases over depth (Ziegler et al., 2015) with lower photosynthate reliance, this may in turn reduce overall nitrogen needs, allowing the recycling process of heterotrophically-derived nitrogen (Ferrier-Pagès et al., 2021) to meet overall holobiont demands (as seen in L. glabra and C. levis in this study). Interestingly, L. hawaiiensis and L. scabra may increase symbiont density over depth (Padilla-Gamiño et al., 2019). This could further explain why the more autotrophic-dependent species in our study exhibited less efficient nitrogen recycling likely due to reliance on DIN to meet higher nitrogen demands, which has a high turnover in coral cells (Krueger et al., 2018), and may be less effective metabolically (Hoegh-Guldberg and Williamson, 1999; Grover et al., 2002).




4.3 Challenges in interpreting trophic strategies in mesophotic corals with stable isotopes

Our analysis has highlighted some constraints in understanding trophic ecology in mesophotic corals using common techniques used for interpreting δ13C and δ15N. The correlations seen in this study between host and symbiont Δ13C and Δ15N were not analogous. In other studies, corals that have exhibited very similar host and symbiont δ13C (i.e., reliant on photosynthates - Peterson and Fry, 1987; Muscatine et al., 1989), have also displayed differentiated δ15N values. For example, Porites evermanni (Δ13C = -0.13 ± 0.47 ‰ and Δ15N = -1.79 ± 0.68 ‰) (Price et al., 2021), Platygyra spp., (Δ13C = -0.70 ± 0.46 ‰ and Δ15N = 2.50 ± 1.20 ‰), Favites spp., (Δ13C = -0.50 ± 0.52 ‰ and Δ15N = 2.50 ± 1.39 ‰) (Conti-Jerpe et al., 2020), and Montastraea cavernosa that has an isotopic niche differentiation driven by Δ15N but not Δ13C at mesophotic depths (Lesser et al., 2022). Yet, these particular metrics (Δ13C values close to 0, and higher Δ15N values) are generally considered evidence of increasing heterotrophy (e.g., Conti-Jerpe et al., 2020; Price et al., 2021).

Furthermore, Δ15N values close to zero have also been recorded in species with larger Δ13C (i.e., Δ13C values that indicate external carbon acquisition), such as Montipora capitata where Δ13C = 1.53 ± 0.63 and Δ15N = 0.09 ± 0.50 ‰ (Price et al., 2021), and Stylophora pistillata whereby its isotopic niche differentiation was driven by Δ13C but not by Δ15N at mesophotic depths (Lesser et al., 2022). Yet, these metrics (higher Δ13C with lower Δ15N) are commonly assessed to be primarily autotrophic (e.g., Price et al., 2021).

The methods used to interpret stable isotope data in the context of coral trophic ecology include (1) calculating the differences between host and symbiont δ13C (Δ13C or δ13Chost-symbionts), whereby a more negative value is said to indicate greater heterotrophic contribution (Muscatine et al., 1989; Price et al., 2021), (2) calculating the differences between host and symbiont δ15N (Δ15N or δ15Nhost-symbionts), where by higher values denote heterotrophy) (e.g., Conti-Jerpe et al., 2020; Price et al., 2021; Lesser et al., 2022) and (3) SIBER Bayesian models, whereby a greater differentiation in isotopic niches of δ13C and δ15N indicate greater heterotrophic reliance (Jackson et al., 2011; Conti-Jerpe et al., 2020).

The Δ13C metric does not appear to work the same for corals in low light environments such as in our study. This metric relies on the coral host becoming more depleted in δ13C due to external carbon sources being more depleted in δ13C than the coral host and symbiont. This is typically true for corals in shallow light environments and even many mesophotic environments. Yet, under a more extreme light condition, symbiont δ13C can be extremely negative (e.g., this study, -22 to -23 ‰), and external food sources, such as plankton and particulate matter, could likely be more enriched than the photosynthetic carbon source (i.e., the symbiont) (Land et al., 1975; Fontugne and Claude Duplessy, 1978; Rodrigues and Grottoli, 2006) although plankton was not assessed in our study. Alternatively, for mesophotic corals, Δ13C values that deviate from zero may denote a significant input of carbon sources external to the holobiont, despite whether Δ13C is, for example, +2 ‰ vs. -2 ‰.

The Δ15N metric relies on the stepwise process of δ15N enrichment in the coral host consumer (Minagawa and Wada, 1984), much like the latter approach (SIBER), where differentiation in coral host and symbiont isotopic niches can be driven individually by δ15N (with little δ13C differentiation) and be labelled as heterotrophic. The fact that corals assimilate DIN (which can vary in δ15N), and also recycle both heterotrophic and autotrophic nitrogen within the holobiont, makes this metric particularly challenging to assess. In addition, a recent re-analysis of pooled data from previously published studies (Lesser et al., 2022) found no overall trends between δ15N and heterotrophy in mesophotic corals, and also symbiont type can influence DIN assimilation in relation to light availability (Ezzat et al., 2017). Thus, we argue that using δ15N as an indication of heterotrophy is not consistent across coral species and depths, particularly in mesophotic environments, and δ13C appears to be the primary determinant of mixotrophy in these ecosystems.




4.4 Species-specific protein concentrations

Protein concentration often decreases over depth in autotrophic corals (Cooper et al., 2011a; Ziegler et al., 2015), yet the capacity for heterotrophic carbon to promote tissue generation (Krueger et al., 2018) and higher protein levels (Grover et al., 2002; Houlbrèque et al., 2004; Rodrigues and Grottoli, 2006; Reynaud et al., 2009; Hoogenboom et al., 2015) suggests heterotrophic feeding at depth could benefit overall tissue protein and biomass. However, our coral samples were from much lower irradiances than other similar studies and protein concentrations showed no obvious patterns in relation to trophic strategy.

The trends we observed were consistent with species-specific protein concentrations observed by Brunner, 2015 where Leptoseris scabra had significantly higher host tissue protein concentrations than P. speciosa, despite both having similar nutrient acquisition strategies. Over depth, P. speciosa maintains a single symbiont genus (Cladocopium) with reduced photosynthetic energy (Cooper et al., 2011a), typically accompanied by reductions in tissue biomass (Cooper et al., 2011a; Brunner, 2015) and symbiont density (Brunner, 2015). By contrast, L. scabra shows the ability to maintain relatively high protein concentrations, likely as a result of specialized physiological adaptations (Brunner, 2015; Pochon et al., 2015; Padilla-Gamiño et al., 2019) and highlights the acclimatory mechanisms depth-specialists use to maximize the use of nutrients available at depth. Interestingly, all Leptoseris species examined herein do not significantly decrease protein concentrations with depth (Brunner, 2015). For example, at 80 m in the Coral Sea, P. speciosa had protein concentrations of approximately 0.9 mg cm2 (following continual decline), compared to L. scabra (1.25 mg cm2), even though L. hawaiiensis had less protein at this depth (0.75 mg cm2) than P. speciosa (Brunner, 2015) (i.e., a much brighter light environment than this study). Given this, it is likely that the low protein values reported in this study reflect reducing protein synthesis capabilities for P. speciosa at end-photic irradiances (Cooper et al., 2011a; Brunner, 2015).




4.5 Species-specific potential in a light limited environment

The light environment at Ashmore Reef attenuated strongly (1% at 54 m, PARkd = 0.069 m-1) compared to other regions such as Bermuda and the Bahamas, where the same light availability occurs at 100 m and 81 m, respectively (Fricke et al., 1987; Lesser et al., 2010). This likely reflects the rich phytoplankton abundances present in the highly productive mesophotic ecosystems at Ashmore Reef (Kiørboe, 2011; Kahng et al., 2019). Similar end-photic depths have been observed in other highly productive systems such as the Maldives, where only 4% of surface irradiance was measured at 30 m (Radice et al., 2019a).

Our results build on information that implies P. speciosa is an obligate autotroph with restricted trophic plasticity over depth (Radice et al., 2019a; Radice et al., 2019b; Radice et al., 2022). This likely limits the depth distribution in this species and the fact that colonies were only found shallower than 60 m supports the notion of P. speciosa as a depth-generalist coral (Chow et al., 2019). Other studies also found P. speciosa typically at 60 m and shallower, with deeper observations only occurring in MCEs with exceptionally low light attenuation (e.g., the Coral Sea and French Polynesia) (Englebert et al., 2014; Pichon, 2019; Bongaerts et al., 2021). In contrast, the irradiance level at 60 m at Ashmore Reef is equivalent to light conditions beyond the photic point (1% SI) (i.e., deeper than 60 m at other locations), which suggests that P. speciosa may be capable of inhabiting lower mesophotic depths at other locations. The ability for this species to remain primarily autotrophic in such extreme light conditions is likely permitted through significantly reduced tissue mass and symbiont density (Brunner, 2015) and possibly specialized intracellular arrangements (i.e., monolayer to reduce shading) (Schlichter et al., 1986; Kahng et al., 2019) that allow it to acclimatize to lower photosynthate assimilation.

The variation in carbon and nitrogen sources was most distinct between L. hawaiiensis and L. glabra (significantly different Δ13C and symbiont Δ15N), highlighting the species-specific occupation of different ecological niches despite living in the same environments. Leptoseris species are specialized to inhabit light environments approaching photic limits and can maintain metabolic demands via heterotrophy at these low irradiances (Fricke et al., 1987; Padilla-Gamiño et al., 2019), as demonstrated by L. glabra in this study. Research by Padilla-Gamiño et al. (2019) highlighted differences in physiological adaptations between Leptoseris species also examined in this study, whereby L. scabra increased photosynthetic pigments with depth while L. hawaiiensis employed high pigment content across low symbiont densities. Symbiont type can influence photo-adaptation (Ziegler et al., 2015; Padilla-Gamiño et al., 2019) and symbiont plasticity demonstrated by Leptoseris spp. in other studies and could indicate photoautotrophic benefits over depth (Cooper et al., 2011a; Padilla-Gamiño et al., 2019; Martinez et al., 2020), compared to P. speciosa which maintains one symbiont genus over depth with reduced photosynthetic productivity (Cooper et al., 2011b; Ziegler et al., 2015). These adaptations likely enable L. scabra and L. hawaiiensis to maintain higher protein contents at depth without significant heterotrophic input, compared to the P. speciosa. Further studies are required to assess the specific physiological adaptations among mesophotic species at Ashmore Reef. This study provides the first assessment of trophic ecology in L. glabra and C. levis, hence no comparative data are available for assessing photosynthetic capacity in these species.





5 Conclusions

This study provides new insight into the ecophysiology of mesophotic corals in the Eastern Indian Ocean region. The finding that this system has relatively shallow photic end points possibly due to a high level of productivity provides an interesting contrast to other mesophotic systems in Australia such as the Coral Sea. Both depth-specialist and depth-generalist corals demonstrated the ability to remain photosynthetically reliant in just a fraction of surface irradiance. The role of nitrogen recycling in the coral holobiont is not fully understood, particularly between different trophic strategies in limited light environments, and this research provides interesting insight into potential links between heterotrophically-derived nitrogenous benefits and species-specific nitrogen demands at depth. Nevertheless, further studies are required to broaden the understanding of nutrient acquisition and allocation in mesophotic corals, and deeper investigations into how external sources and internal processes influence δ15N under autotrophic and heterotrophic reliance in low light is warranted.

Overall, this study highlights the remarkable capacity of mesophotic Scleractinia to optimize their physiology in light limited environments and provides insight into potential acclimation limits for depth specialist and generalist species. Additionally, this is the first investigation of nutrient acquisition or protein content in C. levis and demonstrates its requirement to obtain nutrients mixotrophically in low light environments. These findings contribute to the narrow yet growing pool of literature on mesophotic coral ecophysiology and underscore the need for further research that betters our understanding of how various nutrient inputs affect coral physiology and stable isotopes δ13C and δ15N at depth.
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Coral bleaching and mortality can show significant spatial and taxonomic heterogeneity at local scales, highlighting the need to understand the fine-scale drivers and impacts of thermal stress. In this study, we used structure-from-motion photogrammetry to track coral bleaching, mortality, and changes in community composition during the 2019 marine heatwave in Kāneʻohe Bay, Hawaiʻi. We surveyed 30 shallow reef patches every 3 weeks for the duration of the bleaching event (August-December) and one year after, resulting in a total of 210 large-area, high-resolution photomosaics that enabled us to follow the fate of thousands of coral colonies through time. We also measured environmental variables such as temperature, sedimentation, depth, and wave velocity at each of these sites, and extracted estimates of habitat complexity (rugosity R and fractal dimension D) from digital elevation models to better understand their effects on patterns of bleaching and mortality. We found that up to 80% of corals experienced moderate to severe bleaching in this period, with peak bleaching occurring in October when heat stress (Degree Heating Weeks) reached its maximum. Mortality continued to accumulate as bleaching levels dropped, driving large declines in more heat-susceptible species (77% loss of Pocillopora cover) and moderate declines in heat-tolerant species (19% and 23% for Porites compressa and Montipora capitata, respectively). Declines in live coral were accompanied by a rapid increase in algal cover across the survey sites. Spatial differences in bleaching were significantly linked to habitat complexity and coral species composition, with reefs that were dominated by Pocillopora experiencing the most severe bleaching. Mortality was also influenced by species composition, fractal dimension, and site-level differences in thermal stress. Our results show that spatial heterogeneity in the impacts of bleaching are driven by a mix of environmental variation, habitat complexity, and differences in assemblage composition.
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Introduction

Increasingly severe and frequent marine heat waves have caused large-scale losses in coral cover (Spalding & Brown, 2015; Heron et al., 2016; Lough et al., 2018). In the past decade alone, consecutive thermal stress events in 2014, 2015, 2016, and 2017 have had global impacts on the structure and functioning of coral reef ecosystems (Arthur et al., 2006; Hughes et al., 2017). Elevated temperatures disrupt the partnership between corals and their algal symbionts (Symbiodineacea) causing them to lose their color, and in cases of prolonged stress, die (Hoegh-Guldberg, 1999). Degraded reefs support reduced biodiversity, which has implications for marine food webs, nutrient cycling, and fisheries (Alvarez-Filip et al., 2009; Eddy et al., 2021). Furthermore, they are unable to attenuate wave energy, making coastlines more vulnerable to storms and cyclones (Ferrario et al., 2014). These changes directly affect the social and economic resilience of communities that depend on reef ecosystems for their lives and livelihoods.

Part of the challenge of managing reefs for their resilience is that the effects of elevated temperatures are not homogenous across coral species, habitats, and geographies, with some species and some locations better able to resist and recover from thermal stress than others. Resilience to bleaching involves a range of processes. If corals die, recovery potential is dependent on the replenishment of populations through larval recruitment and growth, which may take decades (Hughes et al., 2000). Yet, corals can also avoid mortality by restoring symbiont populations and regaining colour in months (i.e., individual-level recovery) (Gilmour et al., 2013). Biotic variability in resilience to bleaching is therefore derived from many sources, from regional “supply-side” dynamics to differences in host Symbiodinium (Jones et al., 2008) and coral colony size and morphology (Brandt, 2009). Some coral genera like Acropora and Pocillopora have generally been recorded to be more bleaching susceptible than others but are also often the species that drive recovery after a major disturbance (Marshall and Baird, 2000; Burt et al., 2008). In some cases, corals in deeper reefs have been able to better withstand elevated temperatures than shallower ones (Bridge et al., 2013; Baird et al., 2018) but coral species in some shallow lagoonal environments have also shown a remarkable capacity for resistance to high temperatures through their association with thermally tolerant symbionts and/or via host mediated adaptation and acclimatization (Craig et al., 2001; Cunning et al., 2016; Drury, 2020; Roach et al., 2020).

Several local environmental factors may also influence spatial differences in bleaching susceptibility. For example, local upwelling may cool warm surface waters, and high water flow resulting from currents and turbulence can result in reduced coral bleaching severity (West & Salm, 2003). Cloud cover (Mumby et al., 2001) and turbid water conditions can help decrease irradiance, but high sediment loads can cause smothering of coral polyps and reduced respiration, a decline in the photosynthetic productivity of zooxanthellae, and have several sublethal effects such as lowered calcification rates, damage to tissue, and reduced growth (Erftemeijer et al., 2012). Colony and reef-scale structural complexity may also work in sometimes opposing ways to influence the degree of thermal stress a reef experiences. Highly rugose environments may be able to create shade within habitats, thereby helping to reduce temperatures in small pockets of the reef. However, colonies that have higher surface complexity and increased light-harvesting ability can also have higher susceptibility to bleaching as a result (Marcelino et al., 2013). In addition, colony microcomplexity can modify environmental conditions at small scales (Chamberlain and Graus, 1975) thereby altering coral response to stress.

In addition to all these factors, the natural history and long-term environmental conditions of a particular reef system can also influence how coral taxa respond to disturbance, especially if historical conditions may have favored adaptation or tolerance to stress. Kāneʻohe Bay, where this study was conducted, has experienced a unique history of human impacts (Hunter and Evans, 1995). From the 1940s to the 1970s, extensive dredging, land runoff, and the discharge of raw, untreated sewage in the southern section of the Bay led to anoxic and turbid conditions and the proliferation of Dictyosphaeria cavernosa, which outcompeted corals on many reefs (Hunter and Evans, 1995). These reefs were also subject to multiple freshwater kills in 1965, 1969, 1987 (Sukhraj, 2014) and more recently, in 2014 (Bahr et al., 2015). After the diversion of the sewage outfall in 1977-78, however, coral cover began to increase, and stands today at nearly 60%. Their recovery is especially striking given that Hawaiian reefs have suffered from coral disease outbreaks in 2011, 2012, and 2015 (Jury & Toonen, 2019) and have been exposed to multiple coral bleaching events in 1996, 2002, 2004, and more recently, in 2014 and 2015 (Bahr et al., 2017). Additionally, the corals in Kāneʻohe are living at temperatures 1-2 °C higher than surrounding waters and under elevated pCO2 conditions (Bahr et al., 2015), yet these parameters vary extensively across the Bay (Guadayol et al., 2014). This history of living under elevated stress is thought to be one of the main factors contributing to the resilience of these reefs (Jury and Toonen, 2019). However, reef response appears to change with every bleaching event because of changes in local environmental condtions. For instance, Bahr et al. (2017) reported that patterns of bleaching and mortality in Kāneʻohe Bay differed after 1996, 2014, and 2015, due to differences in the direction and magnitude of thermal stress and degree of freshwater inflow into the Bay prior to the bleaching event. Reef resilience is not static, and understanding how changing conditions interact to affect patterns of coral bleaching and mortality – especially as temperature anomalies become more frequent – is a top conservation priority.

New tools and techniques like structure-from-motion photogrammetry (hereby, SfM) now enable robust and efficient quantification of reef structure and community change in ways that traditional techniques have not been able to accomplish before (Pizarro et al., 2017). Photogrammetry is the process of extracting quantitative information about a scene (in this case, a reef) through the collection of a series of 2-dimensional images (Burns et al., 2015; Pizarro et al., 2017). These overlapping 2D images can then be stitched together to estimate 3-dimensional structure and may be utilized to extract data on a range of metrics, from community demography, to several measures of surface complexity (rugosity, fractal dimension, and height range) and estimates of shelter space and volume (Edwards et al., 2017; Torres-Pulliza et al., 2020; Million et al., 2021). Because SfM generates high resolution orthophotos and photogrammetric products can be spatially registered, using this technique can be especially useful to track changes in colony health through time.

In this study, we tracked the fine-scale responses of 30 coral reefs throughout Kāneʻohe Bay using SfM during a bleaching event in the summer and autumn months of 2019. Our primary goal was to quantify the spatial, temporal, and taxonomic variability in bleaching severity and mortality across the Bay. In addition, the spatial and temporal resolution of our data also allowed us to test hypotheses about the environmental and ecological factors that may have influenced these patterns. To assess this, we collected data on temperature, depth, sedimentation, and wave velocity, alongside estimates of habitat complexity. We hypothesized that differences in coral assemblage and reef-level environmental conditions would influence bleaching severity and mortality. In particular, based on previous work in Kāneʻohe Bay, we expected bleaching to be lower in reefs that experienced conditions of lowered irradiance, potentially mediated by depth, the amount of suspended matter in the water column, and wave velocity (Bahr et al., 2017). We also expected bleaching severity and associated mortality to be highest in shallow reefs or those that experienced high temperatures, since the magnitude of thermal stress is a well known driver of the degree of bleaching and mortality (Eakin et al., 2010; Hughes et al., 2017). We predicted that reefs that were dominated by heat-susceptible species would experience more severe stress and elevated mortality (Loya et al., 2001) and expected the three-dimensional complexity of a reef to also influence the degree of bleaching and mortality it experienced.





Methods




Field methods




Data collection using Structure-from-motion photogrammetry

We collected imagery at 30 patch reefs spread across the north-south extent of Kāneʻohe Bay (Figure 1). These sites have been monitored since 2017 and represent a broad range of exposures and environmental conditions (Caruso et al., 2021). We started our surveys in August 2019 when we began to detect extensive coral paling due to rising temperatures.




Figure 1 | Schematic map of Kaneohe Bay showing 30 study sites and a corresponding orthomosaic and digital elevation model (DEM) for an individual site. 640 random points within an 8 x 8 m grid on the orthomosaic were annotated for substrate type at each site during the study period. Habitat complexity metrics were estimated from DEMs, where colours correspond to reef depth (red/green=shallow, blue=deep).



Our field methods have been described in detail in Roach et al. (2021). In short, we used a spool and line set-up to image approximately 112 m2, to create orthomosaics and digital elevation models (later cropped to 64 m2 for annotation). We used a Canon EOS Rebel SL3 DSLR in a waterproof housing with a wide angle 18-mm lens to ensure high overlap between images since these sites were all relatively shallow (2-5 m). Images were collected via SCUBA or snorkel depending on the depth of the site. The swimmer operating the camera system collected imagery by swimming in an outward spiral with the camera held roughly 1 m above the benthos, starting from the central point of the spool. Another individual held the center pole stationary over a cinder block used to mark the central point of these sites. Once the swimmer reached the outer edge of the spiral, they returned inwards in the same spiral swim pattern to the center, with the camera continuing to take pictures. An average of 3500-4500 images were collected per site; roughly 3 images/second. A site took approximately 20 minutes to map in the field. At each site, we placed 3 calibration markers in the area prior to imaging to help align images during processing. At each of these markers, we noted a) depth and b) compass bearing in relation to the center of the reef area being imaged. These were then used to accurately align and georeferenced models respectively.

We monitored each of the 30 patch reefs every 3-4 weeks between August 2019 - November 2019, which corresponded to peak bleaching period. Following this, we resurveyed sites in January 2020 and again in September 2020, one year after the bleaching event. This resulted in a total of 210 reef models across all sites and time points. We discarded 30 of these models due to holes in the model or poor-quality imagery.





Quantifying the environmental characteristics of reefs

Data on temperature, sediment, and wave energy were collected as part of a study on coral clonality and we refer the reader to this for further details (see Caruso et al., 2021). In short, temperature data was collected alongside photogrammetry imagery at each site at 10-minute intervals on Hobo Pendent or Water Temp Pro V2 loggers from the center of each site. We summarized hourly temperatures per day to calculate daily means. We used this to estimate Degree Heating Weeks (DHW) as time spent above the maximum monthly mean (MMM+1 degree, or 28° C for Kāneʻohe Bay; Jury & Toonen, 2019). DHW have become a common predictor of coral bleaching, with significant bleaching usually occurring at over 4 DHW, and we use mean DHW in our analyses of bleaching and mortality. We used average temperature values from October 16th -31st for the entire month due to a gap in sampling in the first two weeks of October.

16” capped PVC pipes were used to collect sediment data every 1-2 months for each site between 2017-2019. Given that these sites differ significantly in their water residence times, these sedimentation rates are likely more indicative of the suspended particulate matter in the water column rather than how much new material is being deposited on a reef. Sediment data were not collected during the bleaching period, but we use mean sediment values for every site over the two-year duration of collection in our analyses.

Current meters were deployed at a cement block at a single site in every region in 2019 and used to calculate root mean square (RMS) wave velocity (Caruso et al., 2021). Regions were primarily defined based on water flow conditions, with sites in the north-northwest (region 5) having lowest water residence times (~1 day), those in the central section of the Bay (regions 2, 3, 4) experiencing moderate water residence times of 2-10 days based on their relative exposures, while sites in the southernmost section (region 1) had significantly higher water residence times of 1-2 months (Lowe et al., 2009). These values were extrapolated to all sites within a region. Depth was measured from the center of each site.






Data processing and analysis




Processing 3D reef models and measuring bleaching severity

Images for every site were aligned in Agisoft Metashape Pro (Version 1.7.6). Prior to alignment, photographs that were out of focus or in blue water were manually removed. 2D orthophotos and gridded digital elevation models (DEMs) were created for each site following a standard workflow that begins with photo alignment, and leads to the creation of a 3D dense point cloud, from which textured meshes, DEMs, and orthophotos (also referred to as orthophoto mosaics, or orthomosaics) were outputted (Burns et al., 2015). Depth and compass measurements were used to accurately calibrate and georeferenced individual models. Completed orthomosaics were imported into QGIS 3.16 for further analysis. All models were cropped to an 8 m x 8 m square, so that the area analyzed in every mosaic was 64 m2. 640 random points (or 10 per m2) were overlaid on the mosaic shapefile. For each point, we assessed benthic status in 22 categories (e.g., coral, cca, turf, macroalgae, rubble, dead skeleton; see Supplementary Table S1). When the substrate was a coral species, we assessed its bleaching status using the categories 0-3, where 0=healthy, 1=pale, 2=significantly bleached, 3=stark white (Figure S1). When a coral died, its identity changed most commonly to “dead skeleton”, “turf”, or “cca”. While we identified a total of nine coral species in our reef sites, Porites compressa and Montipora capitata make up the large majority (>90%) of the coral cover on many reefs here. We therefore restricted our analyses to individuals of these species and Pocillopora, that were abundant in a number of our survey sites. Pocillopora (P.meandrina and P.damicornis) were grouped by genus due to their diverse colony morphologies in Kāneʻohe Bay and recent taxonomic reclassifications that make them difficult to accurately identify visually (Johnston et al., 2018). We tracked the same 640 points through time for every reef site (Figure 1). From this we summarized data on the community composition at every site and used a multivariate analysis to assess how the relative proportion of different substrates changed through the bleaching event.

DEMs were also exported into QGIS and cropped to the same size as orthomosaics (Figure 1). We divided them into 16 contiguous squares (covering an area of 64 m2) from which surface rugosity (R) and fractal dimension (D) were calculated for 2 x 2 m grids for every DEM, making up a total of 16 values per site, using the same methodology as Torres-Pulliza et al. (2020). R values were log-transformed, and all 16 R and D values from the first survey time were used in models assessing bleaching severity and mortality. Completed annotation shapefiles and habitat complexity metrics were imported into the statistical software R for further analysis (R Core Team, 2021).





Data analysis

We quantified the drivers of bleaching severity using a cumulative link mixed model since our response variable was categorial. The response variable in our model was bleaching severity (i.e., status 0-3). Our fixed effect variables were maximum DHW, depth, mean sediment, wave velocity, coral species, rugosity, and fractal dimension. Site was included as a random effect to account for site-level differences not explained by fixed effects. For model selection we built our full model, an environmental model with only environmental data (DHW, depth, sediment, wave velocity), and an ecological model with only our ecoloical data (rugosity, fractal dimension, species composition). We dropped non-significant fixed-effects terms sequentially, based on log-likelihood ratio tests. We selected our best model based on the lowest Akaike Information Criteria (AIC) values (Supplementary Table S4). Models were fitted using “clmm” in the R package “ordinal” (Christensen, 2018).

To identify the strongest predictors of mortality we used a generalized mixed effects model (glmer) with a binomial distribution. Our fixed effects were mean DHW, depth, mean sedimentation, wave velocity, fractal dimension, rugosity, and substrate, while site was a random effect. We used mean DHW as opposed to maximum DHW in this analysis to better capture change in temperature through time, but both mean and max had the same effect in our model. Similar to the clmm, we built our full model, an environmental model, and an ecological model separately. We dropped non-significant variables sequentially to get our best model (Supplementary Table S5).







Results




Coral bleaching and mortality

We recorded extensive coral bleaching during August-December 2019, with 80% of all corals showing some signs of bleaching in this period (Figures 2B, 3A). Sea water temperatures in Kāneʻohe Bay peaked in August and September 2019 (Figure 2A), but degree heating weeks (DHW) were highest in October (7° C week). Mean DHW between August-November was 5.3 (° C week). Sites varied from each other in their mean daily temperatures, which ranged from 26-31°C through the bleaching period (Figure 2A). Although many corals began to bleach in August when seawater temperatures were at their highest, peak bleaching coincided with maximum degree heating weeks in October (7 DHW, Figure 3A). Bleaching severity varied markedly with species, with Pocillopora the most severely affected, followed by Porites compressa and Montipora capitata (Figure 2B). Pocillopora generally bleached earliest and experienced a second peak in bleaching in some sites in November. P.compressa and M.capitata experienced similar patterns in bleaching severity, with the majority of surveyed corals in status 1 or pale (Figure 2B).




Figure 2 | (A) Temperature profiles and DHW for all 30 sites, July 2019- January 2020. Red line indicates mean temperatures/mean DHW. Solid line corresponds to mean monthly maximum (MMM), dotted line indicates bleaching threshold (MMM+1 deg.C) (B) bleaching severity for 3 species, showing changes in percent cover over time. Status codes correspond to Figure 3. and (C) mortality (0=alive, 1=dead) for the three coral species over time and with increasing bleaching status (0=healthy, 3=stark white).






Figure 3 | (A) pie charts showing proportion bleaching at all sites across 5 regions during peak bleaching (status corresponds to bleaching severity, where 0=healthy, 1=pale, 2=significant loss of pigmentation, 3=stark white), (B) PCA summarizing all environmental and ecological parameters measured, colored by region (R=rugosity, D= fractal dimension, max_dhw=maximum degree heating weeks), and (C) relative proportion of the dominant substrate types across the five regions in the Bay (cca=crustose coralline algae, ma=macroalgae, Mcap=Montipora capitata, Pcom=Porites compressa, Poc=Pocillopora, Skel=skeleton, Tu=turf).



All three species we tracked experienced some mortality from bleaching. Mortality was lowest for Porites compressa (19%) followed by Montipora capitata (23%) and Pocillopora (77.5%) (Figure 2C). These rates are more indicative of the death of individual points on coral colonies rather than whole colony mortality. Mortality rates in this study are therefore best interpreted as a decrease in overall coral cover rather than the loss of entire colonies. In general, mortality peaked in October but continued to accumulate throughout the bleaching period (Figure 2C). However, maximum mortality for M.capitata occurred in January after temperatures had dropped. Mortality was strongly linked to bleaching stress, with the chance of mortality for all species increasing with bleaching status, peaking at status 3 (stark white).





Compositional and environmental drivers

Bleaching severity and mortality were each influenced by species composition and local abiotic conditions, creating variation in the impacts of thermal stress across the study site (Figures 3, 4). Sedimentation rates varied substantially across reefs, ranging nearly 300-fold from 0.01 g/day to 2.93 g/day across sites (see Caruso et al., 2021). RMS (wave velocity) ranged from 0.8 to 12.56 cm/s. Sites in the northern sections of the Bay (Region 5) had higher sediment levels as well as higher RMS than sites in other regions (Figure 3B). In contrast, sites in Region 1 clustered together based on their rugosity (R). Depth varied between 0.5-3.5 m across all reef sites (with a ~0.4 m daily tidal fluctuation). In addition, sites differed in their relative cover of different substrates with live coral cover highest in Regions 2 and 4 (Figure 3C). Turf, bare coral skeleton, and sand and rubble made up over half of the cover in sites in Regions 1 and 3. Crustose coralline algae (CCA) had the highest cover in region 5 (Figure 3C).




Figure 4 | The effects of significant environmental and ecological variables on bleaching and mortality. Null line indicates no effect. Lines from individual points indicate confidence intervals. See Supplementary Figure for the full model.



Our analysis showed that habitat complexity (rugosity R, fractal dimension D) and coral species were important predictors of bleaching severity (Table 1). Coral assemblage had the largest effect on bleaching severity, with sites dominated by heat-sensitive Pocillopora experiencing more severe bleaching than others (p <0.001). Following this, sites that bleached more severely were associated with higher scores of fractal dimension D (p <0.001, Table 1). In contrast, there was a negative relationship between bleaching severity and rugosity (p <0.05), with more severe bleaching occurring in reefs with lower rugosity scores (Figure 4). Sediment loads had a slight negative effect on bleaching severity, with corals bleaching more severely in reefs with lower levels of sedimentation. We did not find an effect of depth, wave velocity, or DHW on bleaching severity (Supplementary Table S2).


Table 1 | Parameters and coefficient estimates of fixed effects in the final cumulative link mixed model (clmm) with bleaching status as a categorical response variable.



Coral mortality was strongly affected by thermal stress, coral species composition, and fractal dimension. Predictably, heat-susceptible Pocillopora suffered maximum mortality during this event and had the largest effect in our model (Table 2). Notably, fractal dimension (D) had the same effect on mortality as it did on bleaching severity, with sites with higher D experiencing more mortality. Variability in average thermal stress across reefs also impacted mortality rates, with mortality increasing in reefs that experienced a higher number of degree heating weeks (Figure 4).


Table 2 | Summary statistics of the best fit glmer predicting the probability of coral mortality.



The 3D mosaics resulting from our imagery allowed us to quantify fine-scale compositional changes across a large area (30 sites, and 19200 points covering 1920 sq m of area). By quantifying proportional change in the cover of key taxonomic groups at each site, we identified a marked shift in the composition of reefs as mortality progressed (Figures 5A, B). Moreover, even though sites varied considerably in their initial compositions, there was a common trend towards an increase in benthic algal cover post-mortality (Figure 5C). A decrease in coral cover was accompanied by an increase in the cover of turf and macroalgae (Figure 5B). We did not note any significant changes in the three-dimensional structural complexity of reefs during this one year period.




Figure 5 | Changes in the proportional cover of different substrates over the course of the bleaching event. (A) an increase in turf (Tu) and CCA was associated with a decrease in P.compressa (Pcom) and Pocillopora (Pdam) during October-November (times 3, 4, 5) (B) changes in % cover by substrate type over the bleaching event, (C) NMDS showing a shift towards Tu (turf), Ma (macroalgae), Skel (skeleton), and CCA through survey times across the study regions.








Discussion

The results of this study show that corals in Kāneʻohe Bay experienced a moderate to severe bleaching event in 2019, with up to 80% of corals showing some signs of stress during this period. In general, reefs around O’ahu did bleach more extensively (~43%) than other Hawaiian islands during the 2019 event (Winston et al., 2020). Variation in bleahing severity in Kāneʻohe Bay was mediated by sediment levels and species composition, while mortality was driven largely by temperature and the identity of the coral.




Severity and extent of bleaching

Peak bleaching stress in all parts of the Bay occurred in the month of October – while temperatures were highest in August and September, October had the highest degree heating weeks (7 DHW). This follows a similar pattern to the bleaching events in 2014 and 2015, when DHW were highest in September and October (Ritson-Williams and Gates, 2020). However, cumulative thermal stress over the bleaching period was lower in 2019 (this study) at 5.3 DHW over the 4-month bleaching period, as opposed to 6 DHW in 2014 and 12 DHW in 2015. Corals generally begin to show significant signs of stress at above 4 DHW; however, in 2019, many corals began to bleach in August when DHW were only 3.3. After rising to 32°C in August, seawater temperatures dropped to 27°C in November, and to 25.5°C by December. In general, Kāneʻohe bay experiences significant fluctuations in SSTs, swinging from 19°C in winter months to 29.3°C during normal summers (Ritson-Williams & Gates, 2020; Caruso et al., 2021). In the past, temperatures have crossed 30°C only in 1996, 2014, and 2015, for a maximum of 17 days in 2015. During this bleaching event, some sites experienced temperatures above 30°C for an entire month.

The overall rates of bleaching we record in this study are higher than those recorded in 2014 (~65%) and 2015 (~50%) (Bahr et al., 2017). However, it is worth noting that many corals in Kāneʻohe Bay appear pale through much of the year, and our cumulative bleaching estimates likely reflect that. Previously, surveys have often been conducted following peak temperatures and not at the granularity of the present study, which could have resulted in lower estimates of past bleaching. Notably, though, average mortality for P.compressa and M.capitata (21%) was slightly lower than cumulative mortality following 2015 (22%). Increased rates of bleaching but lower average mortality suggests some degree of acclimatization to repeated thermal stress in these species. Bleaching in 2019 followed a similar pattern to 2015 with sites in the northern region bleaching most severely followed by those in the central and southern sections of the Bay (Bahr et al., 2017).

Bleaching was variable for species. Pocillopora bleached most severely in the Bay, followed by P.compressa and M.capitata. Pocillopora has been severely affected by past bleaching events, and these patterns continue with our study (Bahr et al., 2017). While a slightly larger proportion of P.compressa bleached than M.capitata, the latter had a higher proportion that bleached more severely. However, M.capitata that recovered seemed to do so faster than P.compressa. This is in contrast to patterns following the bleaching event of 2015, where P.compressa visually recovered more rapidly than M.capitata (Matsuda et al., 2020). Higher than normal nutrient and zooplankton concentrations associated with elevated levels of sedimentation in Kāneʻohe Bay could assist heterotrophically plastic corals like M.capitata to meet their metabolic demands and survive through periods of elevated sea water temperatures. This could be one of the reasons this species was able to recover pigmentation faster than P.compressa after this bleaching event. However, P.compressa experienced less mortality than M.capitata, even if it showed a slightly longer lag in recovery time. In contrast, while Pocillopora showed greatest mortality during this event, colonies that did not die recovered faster than both P.compressa or M.capitata.





Environmental drivers of bleaching

Several studies have confirmed that anomalously high temperatures are the leading cause of coral mortality and habitat loss worldwide (Sheppard, 2003; Donner et al., 2005). However, local reef conditions can work to mediate the effects of elevated temperature, thereby influencing the response of corals to thermal stress. We find that site-level differences in habitat complexity and assemblage type played an important role in determining bleaching severity during 2019, with reefs that were dominated by Pocillopora or those that had lower sediment loads experiencing more severe bleaching than others (Figure 4).

The structural complexity of a reef and its importance for biodiversity has been recognized for decades, but how underlying reef structure can reinforce or buffer the effects of bleaching and mortality is less known (Ferrari et al., 2016). Our study finds that higher levels of complexity at the colony-level scale (i.e., rugosity) were associated with reduced bleaching severity. This pattern might be attributed to the prevalence of heat-resistant Porites compressa across these sites, which experienced the least bleaching during this event. In addition, P.compressa grow in large, mounding colonies in the Bay often forming monospecific stands and contributing to much of the larger-scale 3D complexity on these patch reefs (Supplementary Figure S2A). Reef patches with higher rugosities might also have been able to create more shade within the reef, which could have further protected colonies or parts of colonies from thermal stress. In contrast, higher scores of fractal dimension – which are more indicative of complexity at the micro-scale – were related to higher levels of bleaching severity, potentially reflecting the effect of bleaching on heat-susceptible Pocillopora spp. Pocillopora spp are intricately branched and were associated with higher D scores than P.compressa and M.capitata (Supplementary Figure S2B). Fractal dimension and rugosity capture different elements of complexity on a reef and might work in asynchronous ways to affect processes like bleaching and mortality (Torres-Pulliza et al., 2020). While coral diversity in Kāneʻohe Bay is low, species exist in a range of morphotypes and contribute differently to overall reef structure (Miller et al., 2021). While we did not detect changes in the 3D complexity of reefs one year post-bleaching, further monitoring will provide insight into how reef-scale R and D change as corals of different species grow, recover, or die.

Sedimentation has long been known to be a major driver of reef health in Kāneʻohe Bay due to its history of extensive dredging, coastal development, and land run off from adjoining coastal areas. Variation in sediment loads across sites played a moderate role in determining bleaching response. While higher sediment loads have generally been found to be damaging to reef corals (Erftemeijer et al., 2012), studies have also found that the resulting turbidity may act to shield corals from radiation and the effects of increased temperature (Anthony et al., 2007). The tolerance of different coral species to sediment may vary based on their growth forms, with some morphologies - like hemispherical or columnar colonies - more efficient passive shedders than others (Riegl et al., 1996). On the other hand, some colony shapes may be able to create vortices that help to flush sediment out of colonies in areas of high water flow (Riegl et al., 1996). Following the bleaching event of 1996, areas of Kāneʻohe Bay near stream mouths suffered little or no bleaching, even though corals experienced the same temperatures as in other parts of the Bay (Jokiel and Brown, 2004). In our study, elevated levels of sediment reduced bleaching stress potentially by reducing damage from UV radiation. Increased sediment loads in the water column could also be indicative of a higher degree of mixing and movement of water, which might have helped reduce temperatures at local reef scales. However, wave velocity did not have a significant effect on bleaching severity.





Mortality: causes and consequences

All three coral species experienced mortality during this bleaching event. Species mortality in this study (77.5% for Pocillopora, 19% for P.compressa, 23% for M.capitata) were on par with the 2015 bleaching event. However, our estimates of mortality also include partial colony mortality, especially for P.compressa and M.capitata due to the large size of colonies in Kāneʻohe Bay. Nevertheless, Pocillopora generally suffered whole-colony mortality. Higher overall rates of mortality indicate that the extent and duration of the 2019 bleaching event was more severe for these species than expected. While mortality did not lead to changes in the three-dimensional complexity of these reefs in the study period, we observed a rapid takeover of dead corals by algae (turf, cca). This trend towards algae was consistent across reefs, even though they differed in their coral community composition.

Species differences and variation in fractal dimension D between reefs largely drove mortality rates, alongside some fine-scale spatial differences in thermal stress (Figure 4). While high SSTs and degree heating weeks are known to be major drivers of bleaching and mortality, it is striking that differences in DHW existed at the spatial scale of this study. Average DHWs ranged from less than 1 to 24 through the bleaching period across sites, with sites in the northern region of the Bay (5) generally experiencing higher DHW (~10) than those in the south and central regions (~5 DHW). Sites that were more inshore such as those in region 3 also experienced higher DHW (~9), potentially as a result of their higher water retention times. Lowest DHW occured in sites that were close to a channel and slightly offshore. Highest mortality rates coincided with sites that experienced greater than 8 DHW (Supplementary Figure S3). Similar to its effect on bleaching severity, higher fractal dimension was associated with higher mortality. While higher sediment levels and RMS were associated with decreased mortality rates, they did not have a significant effect on it. In general, temperature, species thermal tolerance and fractal dimension overtook the effect of all other environmental variables in determining patterns of mortality (Supplementary Figure S4).

Pocillopora are some of the most susceptible species in the Bay and were among the worst impacted in Kāneʻohe following the bleaching events of 2014-15, when 80-100% of monitored colonies bleached, and 19% had died by 2016 (Ritson-Williams & Gates, 2020). Branching coral taxa like Acropora and Pocillopora are generally considered to be more bleaching susceptible than massive forms such as Porites and tank experiments on P.acuta collected in Kāneʻohe Bay have been found them to be susceptible to elevated temperature conditions (Bahr et al., 2020). Declines in Pocillopora raise questions about the larger functional consequences of altered coral assemblages in Kāneʻohe Bay in an era of climate change. Early reports from the Bay documented over 20 common coral species here (Maragos, 1972); however, only 14 of these species were observed on a resurvey of the same sites in 2009 (Sukhraj, 2014, pp.124). While there have been taxonomic reclassifications of some of these species over time, genera such as Porites and Montipora appear to have been able to better acclimate or adapt to the unique conditions of this Bay and its historic disturbances, while others have likely declined in this period. While Pocillopora-like species are generally fast growing, have early maturity (Baird and Maynard, 2008), and have been able to adapt to changing conditions in other places (Guest et al., 2016) their abundance, distribution, and rates of recruitment in Kāneʻohe Bay will need further monitoring. Local conditions affect taxa differently, and it is conceivable that Pocillopora will see further declines in these habitats in the future or remain restricted to deeper reefs or reef patches where conditions are more favorable.






Conclusions

Our study finds significant spatial heterogeneity in patterns of bleaching and mortality, that were driven by differences in environment (temperature, sediment), and ecology (reef complexity, coral assemblage). Our study provides a fine-scale assessment of bleaching and mortality by using methods that allowed us to conduct repeat surveys of the same reefs as they altered through time. The use of SfM in this study has helped create a permanent digital baseline of these patch reefs for future work. Continuing to track reef 3D reef metrics at different scales will provide greater insight into the mechanisms that help maintain structural complexity in the face of future warming. While the majority of bleached corals were able to recover after this event, Pocillopora spp. suffered significant mortality. Kāneʻohe Bay has long been considered an ecosystem under stress where some coral species are still able to adapt and thrive, but future work will need to elucidate how heat-susceptible taxa contribute to the functional diversity of corals in the Bay and what the consequences of their decline will be on associated reef fish species and reef function.
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Response variable Statistical inference Explanatory variable(s) Test statistic Degrees of freedom  P- value

Settlers per proxy streamer ~ ANOVA Month (1-6) F=20.94 5,48 <0.001

Settlers per proxy streamer  Kruskal-Wallis Soaking time (1, 3, and 6 months, same H=19.75 2 <0.001
day of deployment)

Settlers per proxy streamer  Mann-Whitney U test  Soaking time (1 and 3 months, same day W =715 na 0.004
of retrieval)

Settlers per proxy streamer  Mann-Whitney U test  Soaking time (1 and 6 months, same day = W =50.0 na 0.376
of retrieval)

Recruits per reef LMM Treatment F=10.34 1 0.032
Month F=5.50 6 0.001
Treatment * month F=264 6 0.042
Monitoring area Not included in best-fitting model

Recruit size LMM Month F=2.09 6 0.068
Treatment not included in best-fitting model

LMM, linear mixed model.
Significant effects are in bold.
na, not applicable.
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Variable Estimate
Intercept -3.95635
DHW 0.74366
Pocillopora spp 2.03826
Porites compressa 0.13781
Fractal dim 1.29318

SE
0.81689
0.30362
0.34506
0.07624

0.3084

4.193

P Value
1.28¢-06 ***
00143 *
3.48e-09 ***
0.0707.

2.75e-05 ***

Fixed effects were degree heating weeks (DHW), substrate (Pocillopora spp, Montipora capitata, Porites compressa) and Fractal dimension (fractal dim). Full model in Supplementary Table 53.

* indicates <0.05 significance, *** indicates <0.01 significance.
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Variable Estimate SE z Value

Sediment load -0.22102 0.11395 -1.94 ‘

Rugosity -0.58611 0.28187 -2.079 ‘ 0.0376 *
Fractal dim 1.13326 0.23916 4.738 ‘ 2.15e-06 ***
Pocillopora spp 3.18983 0.30445 10.477 ‘ < 2e-16 ***
Porites compressa 0.01797 0.06249 0.288 ‘ 0.7737

Full model in Supplementary Table $2.
* indicates <0.05 signiﬁcance, *** indicates <0.01 signiﬁcance.





OPS/images/fmars.2023.1108365/fmars-10-1108365-g005.jpg
—— Cca ~—— Pcom —— Skel

sub

— Mcap Poc — Tu

prop change
in cover
prop change
in cover
5

0.5

0.0

Tu Cca Skel McapPcom Poc
substrate

Sed_sand

NMDS1

region @ 1 ® 2 © 3 4 5 o143 X5 v 7
time
O 2 4+ 4 & 6





OPS/images/fmars.2023.1108365/fmars-10-1108365-g004.jpg
Bleaching Mortality

Pocillopora -
Pocillopora ——
Fractal dim -&-
Fractal dim ——
Pcompressa
Degree Heating Weeks ——
Sediment
Pcompressa
Rugosity
0.1 1 10 100 1000 0.1 051 5 10 50

Odds Ratios Odds Ratios





OPS/images/fmars.2023.1108365/fmars-10-1108365-g003.jpg
status.0.1i2

region

pc2
® o o o

a B~ wN

(2]

substrate

. Cca

. Ma

. Mcap

. Other

- OtherScler

. Pcom

[ Poc
Sand_rubble

B skl

. Tu

0.75

proportion cover
o
Y
o

=3
N}
a

3
region





OPS/images/fmars.2023.1108365/fmars-10-1108365-g002.jpg
<4

—o~ Mcap -~ Poc -®- Pcom

status [l o [+ 2

© © A o~
= = ] s
Ajjepow jo asueyo

k]

=

a

@

8

o

o

s

£

o

=

el © ~N
(n,) aunmesadwsa) Ajiep ue:

~

SN

Pocillopora spp

Oct Nov Dec Jan
date

Sep

Jan

Oct

Jul

3 S
Ayjepouw jo aoueyo

0.3

Porites compressa

N = S
o o o
10D 9,

30

~ -
(0,) syeam Buneay aaibaq

status

Nov Dec Jan

Oct

Sep

Jan

Oct

Jul





OPS/images/fmars.2023.1108365/fmars-10-1108365-g001.jpg





OPS/images/fmars.2023.1108365/crossmark.jpg
©

2

i

|





OPS/images/fmars.2023.1089746/table1.jpg
Species
Craerastrea levis
Leptseis gabra
Leptosris hawiinsis
Leptosers sabra

Pachyersspcioa
Iadiance Level

above 15 51

belowe 19651

Host
8 (%)

195207
91215

23214
201220
02212

Host
3°C (%0)

203216

e

Host
BN (%)

54205
53206
sseis
63207
7211

Host
BN (%)

s0x12

55209

Symbiont 37°C (%)

20214
26208
209207

206215

207207
‘Symbiont 3%°C (%)

203208

w4210

Symbiont 3'°N (%)
50206
50208
6213
12204

s20s
Symbiont 8'°N (%)

45204

a”c
%)
Laxio
35217

04217

AUN Protein.
(960) (mg mL" cm?)
s imson
win wsen
Ls0s07
226203
0972055
Proein
(mg L cm®)
[PIRTRRRY TN
sz issee





OPS/images/fmars.2023.1089746/M3.jpg
protein_concentration (mg mL") xairbrushed volume (mL)
Sutfoce e (o)






OPS/images/fmars.2023.1089746/M2.jpg
A 280nm — A 235nm
551





OPS/images/fmars.2022.947989/crossmark.jpg
©

2

i

|





OPS/images/fmars.2022.932375/fmars-09-932375-g008.jpg
Temperature B pH & Oxygen

CAP2

Bl

N
i pH_mean
n oxygen_mean
N
% © A
o
temp_mean
&
T T T T T T T T T T T T T
-3 -2 -1 0 1 2 3 -3 -2 -1 [ 1 2
CAP1 CAP1
o] Flow velocity & Hrms
o
velocity_mean
o
2 © A
o
wave_mean
© lle_du_Coin
A Top ® Moresby
o © Bottom @ lle_Anglaise

T T
-3 -2 -1 0 1 2 3 4





OPS/images/fmars.2022.932375/table1.jpg
Factors Res.Df
(Intercept) 17
Site 15
Plate face 14
Site: plate face 12

Df.diff

133.4
229.4
149.4

Pr(>Dev)

0.001%%*
0.001+**
0.002*

Res.Df, residual degrees of freedom; DE.diff, difference in degrees of freedom; Dev, deviance; and Pr(>Dev), p-value. Full model output coefficients can be found in Supplementary Table $9.

Asterisks represent the level of significance of individual p-values (*when p<0.05, ** when p<0.01, *** when p<0.001).

Values in bold represent significant test p-values.
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Predictors

Site
Plate face

Site: plate face

Site
Plate face

Site: plate face

Site
Plate face

Site: plate face

Bryozoan
Dev Pr(>Dev)
17.62 0.016*
978 0.10
240 0.96

Colonial ascidians

0.14 1.00
31.14 0.001%%
15.49 0.06

Green encrusting macroalgae

1.99 091
2192 0.002**
17.18 0.04%

Gastropods
Dev Pr(>Dev)
17.95 0.014*
0.73 0.89
225 0.96

Soft-tube worms

0.25 0.99
62.38 0.001+%*
5.22 0.73

Red encrusting macroalgae

2.59 0.85
16.88 0.003**
20.30 0.014*

Brown

Dev

19.66
1.07

12.1
23.9
0.7

1.79
22,01
20.86

encrusting macroalgae

Pr(>Dev)

0.008**
0.89
0.56
Calcified tube worms
0.12
0.001*+*
1.00
CCA
0.92
0.002**
0.014*

Only taxa with significant values are listed. Dev, deviance; Pr(>Dev), p-value. Significant p-values are highlighted in bold (***p < 0.001; *p < 0.01; and *p < 0.05).
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Environmental parameter State Taxonomic group r p-value

Flow/wave height High Red encrusting macroalgae (T) 0936 0377+
Medium Brown encrusting macroalgae (T) 0.87 0.035%
In situ temperature High Soft worm tube (T) 0.765 0.045*
Red encrusting macroalgae (B) 0.778 0.025*
Low CCA (T) 0.901 0.012*
Calcified worm tube (T + B) 0.879 (T) 0.012* (T)
0.811 (B) 0.012* (B)
Green encrusting macroalgae (T) 0722 0.012*
Tunicate colonial (T) 0.715 0.025*
Bryozoan (B) 0.878 0.012*
pH Medium Red encrusting macroalgae (T) 0.936 0.036*
High Brown encrusting macroalgae (T) 0.87 0.036*
DO High CCA (T) 0.901 0.014*
Calcified worm tube (T + B) 0.879 (T) 0.014* (T)
0.811 (B) 0.013* (B)
Bryozoan (T + B) 0.837 (T) 0.014* (T)
0.878 (B) 0.013* (B)
Green encrusting macroalgae (T) 0.722 0.014*
Tunicate colonial (T) 0.715 0.026*
Low Red encrusting macroalgae (B) 0.778 0.025*
PAR High CCA (T) 0.755 0.033*
Red encrusting macroalgae (T) 0.953 0.011*
Bryozoan (B) 0.832 0.022*
Low Brown encrusting macroalgae (T + B) 0.903 (T) 0.036* (T)
0.870 (B) 0.012* (B)

Only taxa with significant correlations (p < 0.05) are displayed, along with their correlation coefficient (r). Furthermore, only taxa whose abundance was previously found to be significantly
impacted by site and plate face with multivariate generalised linear models (GLMs) are presented in this table (see Sec. 2. Materials and methods). CCA, crustose coralline algae; DO,
dissolved oxygen; and PAR, photosynthetically active radiation.

Asterisks represent the level of significance of individual p-values (*when p<0.05, ** when p<0.01, *** when p<0.001).
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Morphological b Description Sampling Measurement

trait per colony method
1. Corallite density ~~ CDe  Total number of corallites per cm”. 3-6 squares of | Count  Fragment image
1em?®
2. Corallite CDi Mean value between the linear distance from the initial-point of the dorsal 10 corallites mm SEM image
diameter septum to the initial-point of the ventral septum, and from the initial-point of (20
the lateral septum to the end of the other lateral septum. measurements)
3. Adjacent AC Count of the total number of adjacent corallites. 10 central Count | SEM image
corallites corallites
4. Distance of DaC Average of the lineal distance from the centre of the corallite to the centre of 10 corallites mm SEM image
adjacent corallites the closest and farthest adjacent corallite. (20
measurements)
5. Corallite Area CAr Area of the whole corallite. 10 corallites mm?* SEM image

References: Multiple studies used previously for Porites delimitations along geographical locations: Brakel (1977); Weil, 1992; Budd et al. (1994); Gonzélez-Espinosa et al. (2018). Abb.,
Abbreviation.
All morphological traits were averaged to colony means (one measurement per trait per colony) to avoid corallite variability (more details in Materials and Methods).
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Coral
species

Type of
Reproduction

Type of sexual
dimorphism

Number and type of traits
supporting sexual dimorphism

Study location

REEE

Fungia Gonochoric Size dimorphism 1 trait: Eilat, Israel (Kramarsky-Winter
scutaria spawner Diameter of the coral (f > m) and Loya, 1998)
Ctenactis Gonochoric Size dimorphism 2 traits: Sesoko, Okinawa, Japan (Loya and Sakai,
echinata spawner* Length of coral (f > m) 2008)
‘Wet weight of the coral (f > m)
Porites Gonochoric Skeleton growth 2 traits: Gulf of California (Cabral-Tena et al.,
panamensis | brooder Extension rate (m > f) (ETP) 2013)
Calcification rate (m > f)
Skeleton growth 4 traits: Central Mexican Pacific | (Tortolero-Langarica
Tissue thickness (m > f) (ETP) et al., 2017)
Extension rate (m > f)
Calcification rate (m > f)
Skeletal density (m > f)
Skeletal isotopic signals 2 traits: South Gulf of (Cabral-Tena et al.,
§'%0 (f > m) California (ETP) 2013)
8°C (m> 1)
Morphological traits 3 traits: South Gulf of (Gonzalez-Espinosa
Corallite diameter (f > m) California (ETP) et al, 2018)
Corallite density (m > f)
Number of adjacent corallites (m > f)
Phenotypic integration 1 trait: Central Mexican Pacific | This study
Trait integration (m > f) (ETP)
t
Porites Gonochoric Skeleton growth 3 traits: Central Mexican Pacific | (Tortolero-Langarica
lobata spawner Tissue thickness (m > f) (ETP) et al., 2016)
Extension rate (m > f)
Calcification rate (m > f)
Gonochoric Morphological traits and 3 traits: Central Mexican Pacific | This study
spawner phenotypic integration Corallite area (m > f) (ETP)
Corallite diameter (m > f)
Trait integration (f > m)
I
Pavona Hermaphrodite Skeleton growth 3 traits: Central Mexican Pacific | (Tortolero-Langarica
gigantea spawner Tissue thickness (h > m > f) (ETP) et al, 2017)
Skeletal density (m >h > f)
Calcification rate (h > m > f)
Montastraea | Gonochoric Skeleton growth 3 traits: Southern Mexican (Mozqueda-Torres
cavernosa spawner Tissue thickness (m > f) Caribbean (Caribbean) et al, 2018)
Skeletal density (m > f)
Calcification rate (m > f)
Dichocoenia Gonochoric Skeleton growth 2 traits: Southern Mexican (Cruz-Ortega et al.,
stokesi spawner Extension rate (m > f) Caribbean (Caribbean) 2020)
Calcification rate (m > f)
I
Dendrogyra Gonochoric Skeleton growth 2 traits: Southern Mexican (Cruz-Ortega et al.,
cylindrus spawner Skeletal density (m > f) Caribbean (Caribbean) 2020)

* protandrous bidirectional sex change.

Calcification rate (m > f)
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Ramicrusta hawaiiensis 2020 South Kona percent benthic cover

o o
o o
15 2 b
10 2 &
g = =
\ N
104 105 107 108 109 110 114 115 116 14
20
15
10
(-
O i — - - - —
117 118 121 122 15 17 20 21 27 28
20
15
10
5
127 128 129 130 131 132 133 134 30 31
20 19.3333° N
15
10
5 i
oi_—_ — iii b o
135 136 137 138 139 140 141 142 143 34
20
15
10
> Il n
0 ii - S
144 146 147 148 149 151 152 153 154 38 |
20 \
15 ‘*‘
|
L  19.1667° N
5 \
O M e i o = _

164 165 167 168 170 171 172 40 43
20

15
10

173 174 175 176 177 62 63 66 67 68

) RS
Site ’ 0 7

BCO, NOAA NGDC, and other contributors.





OPS/images/fmars.2022.1009471/fmars-09-1009471-g003.jpg





OPS/images/fmars.2022.1009471/fmars-09-1009471-g004.jpg





OPS/images/fmars.2022.1009471/fmars-09-1009471-g005.jpg
Ramicrusta hawaliensis Vvest Rawall percent benthic cover 2003 - 2020
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Input

Triangulated polygon mesh

Medial axis skeleton graph

Polygon mesh and medial axis skeleton graph

Estimated variables

Surface to volume ratio
Fractal dimension
Sphericity

Gaussian curvature
Mean curvature
Maximum curvature
Minimum curvature

Branch spacing:
- Kruszynski et al., 2007
- Wallace et al., 1991

Branch length
Branching rate

Branch width at:

- the base

- the midsection

- the endpoint (terminal)
Average branch width

Branch angle

Curvature at the tip of the branches

Type

Complexity
Complexity
Complexity
Curvature
Curvature
Curvature

Curvature

Branching
Branching

Branching

Branching

Branching
Branching
Branching

Branching
Branching

Curvature
Curvature
Curvature
Curvature

Abbr.

SV

k1

k2
brspacing:
vl

2
b'leng:h
brrace

brywidh:
da
db
dc

d_avg
Y angie
K_tip
H_tip
ki_tip
k2_tip

Output

Ll I I I ]

sl

><><§><

fa i I I ] Ea i B T I ]

ta I I

Units

em®/em’

cm?

cm’
cm’
cm’

cm
cm

cm
cm

cm
cm
cm

Units, abbreviations (Abbr.), and outputs obtained for each feature are also displayed. Global values (G) were obtained from the complete specimens, density distributions (D) were
estimated per branch in the skeleton or per vertex of the polygon mesh when possible. Finally, univariate average measures (A) were calculated including mean values (_mean), and variance

(_var) for both curvature and branching variables, and also skewness (_skew) and kurtosis (_kurt) for curvature variables.
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Incendia glabra VT141 Vanuatu
Incendia regularis VT039 Vanuatu
Ramicrusta paradoxa ALCB 129745 Brazil
% Ramicrusta australica PLD004 Australia
Ramicrusta textilis GWS001755 Jamaica
Ramicrusta aranea VT106 Vanuatu
* Ramicrusta hawaiiensis LAF 7678 Hawai'i, Hawaii
Ramicrusta hawaiiensis ARS 09600 Lehua, Hawaii
* Ramicrusta adjoulanensis GH0015334 Guam
99 Ramicrusta lateralis GH0015072 Guam
Ramicrusta labtasiensis GH0015097 Guam
5 Ramicrusta taogamensis GH0015094 Guam
5 Ramicrusta asanitensis GH0015054 Guam

92 Ramicrusta lehuensis ARS 09609 Lehua, Hawaii

Ramicrusta fujiiana GH0015078 Guam
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Specimen

R. hawaiiensis LAF
76788 m deep
Keopuka, Hawaii
Island

R. hawaiiensis
BISH 77604349 m
deep Lehua Island
R. lehuensis BISH
77604411 m deep
Lehua Island

Thallus

Smooth with some
bumps, adherent with
occasional free

margins

Smooth surface,
adherent

Smooth surface,
adherent with
occasional free
margins

Color Thallus
Thickness

Dark red to pink with 550 um
orange when live; dark
reddish-orange color when
dried
Dark dusky rose when 210-250 pm
dried
Dark rosy pink when live;  210-240 pm

drying to brownish red

Calcification

moderate

light

heavy

Cells

Epithallus: several rows. Perithallus: gradual
decrease in size. Hypobasal cells: 4-8 pm
diam. Rhizoids: 50-130 pm long, 12-21 pm
diam

Epithallus: several rows. Perithallus: distinct
zonation. Hypobasal cells: 28-30 pm diam.
Rhizoids: 60-120 pm long, 10-15 pm diam.

Epithallus: single row. Perithallus: not clearly

zoned. Hypobasal cells: 20-28 um diam.
Rhizoids: 120-170 pm long, 11-13 pm diam.

Reference

This paper

Sherwood
etal, 2021c

Sherwood
etal, 2021c
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Regional Proportional

Cover Cover
Year N Mean Cover + No. Sites with Highest Site % N Mean Cover + % Change in
(%) SE Ramicrusta Cover (%) SE Cover

2003 23 055 0.19 14 2.83 16 0.79 026 -

2007 23 041 0.15 11 229 16 0.58 02 21

2011 23 062 0.24 10 3.63 16 0.89 032 30

2014 23 046 0.18 10 2.74 16 0.66 024 23

2016 23 047 021 9 3.66 16 0.68 028 2

2017 23 044 021 8 34 16 0.64 0.29 4

2020 23 061 02 15 3.42 16 0.88 027 24

Regional values include all 23 sites assessed. Proportional values include only sites at which Ramicrusta was present during at least one survey year. Summary values include Mean percent
(%) cover of Ramicrusta, standard error (+ SE), and number of sites at which Ramicrusta was detected within the survey year. Highest percent (%) cover is the maximum that occurred
among all sites during each survey year. Percent (%) change in cover is the change in percent cover of Ramicrusta between the given and prior survey years.
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Covariate B-Estimate Standard Error

SSTA 0.084 0.032
Latitude -0.228 0.029
SSTA*Latitude -0.120 0.033

Coefficient estimates were standardized among variables and include + 95% confidence intervals.

T Value

277
-7.89
-3.357

P Value

0.016
< 0.001
< 0.001
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