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Editorial on the Research Topic 
Women in biogeochemical dynamics research: 2022


At present, less than 30% of researchers worldwide are women. Long-standing biases and gender stereotypes are discouraging girls and women away from science-related fields, and STEM research in particular. Science and gender equality are, however, essential to ensure sustainable development as highlighted by UNESCO. In order to change traditional mindsets, gender equality must be promoted, stereotypes defeated, and girls and women should be encouraged to pursue STEM careers.
Therefore, we are proud to offer this platform in Frontiers in Environmental Science to promote the work of women scientists. To be considered for this Research Topic, the first, last, or corresponding author should be a researcher who identifies as a woman The papers presented here highlight the diversity of research performed across the entire breadth of Biogeochemical Dynamics research and the advances in theory, experiment, and methodology with applications to compelling problems. Contributions to this journal showcase the breadth and depth of investigations aimed at understanding and mitigating human impacts on our planet.
One significant study by Chua and Fulweiler highlights the importance of high-temporal-resolution gas concentration measurements in capturing the rapid response of sediments to low-oxygen conditions. This research sheds light on the dynamic nature of sedimentary processes and underscores the necessity of precise monitoring techniques in studying environmental phenomena.
In another investigation, Forsyth et al. delve into the bioconcentration and translocation of rare earth elements in plants from legacy mine sites in Portugal. Their findings not only contribute to our understanding of plant-metal interactions but also have implications for environmental management strategies in areas affected by mining activities.
Meanwhile, Ismail and Al-Shehhi offer a comprehensive review of biogeochemical models’ applications in various marine environments. By synthesizing existing knowledge, the authors provide valuable insights into the role of these models in elucidating complex biogeochemical processes and guiding sustainable marine resource management practices.
Lavergne et al. draw attention to the importance of conserving microorganisms in terrestrial ecosystems, focusing on soil microbial diversity in Chile and the Antarctic Peninsula. Their work underscores the need for heightened awareness and proactive conservation efforts to safeguard these essential components of ecosystem functioning.
In a study with implications for land management practices, Rissanen et al. investigate the vegetation impacts on methane emissions from boreal forestry-drained peatlands. Their findings highlight the role of moss cover in modulating emissions and emphasize the importance of considering vegetation dynamics in peatland management strategies.
Addressing the pervasive Research Topic of plastic pollution in marine environments, Romera-Castillo et al. quantify the leaching of dissolved organic matter from aged plastic and its impact on microbial activity. This research underscores the urgent need to mitigate plastic pollution and its cascading effects on marine ecosystems.
Furthermore, Santos et al. employ leaf wax biomarkers to reconstruct environmental conditions in a high-mountain lake area in western Iberia. Their work illustrates the utility of biomarker analysis in paleoenvironmental reconstructions and contributes to our understanding of past environmental changes.
Sun et al. investigate the release of inorganic Mercury and subsequent methylmercury production in boreal peatlands due to ground warming. Their findings underscore the complex interactions between climate change and Mercury cycling in peatland ecosystems, highlighting the need for integrated approaches to mitigate Mercury pollution.
Lastly, Vila-Costa et al. data represent a significant step forward in unraveling the intricate interactions between pelagic marine bacteria and organic pollutants. By conducting comprehensive field studies in the tropical Pacific and subtropical Atlantic Oceans, the researchers provide invaluable insights into the responses of these bacteria to various pollutants.
Collectively, these studies exemplify the diverse and interdisciplinary nature of research featured by women in Environmental Science. By advancing our understanding of environmental processes and informing evidence-based management strategies, these contributions play a crucial role in addressing the myriad challenges facing our planet. As we navigate the complexities of the Anthropocene, women scientists are at the forefront of fostering dialogue and innovation to promote environmental sustainability and stewardship. In the realm of biogeochemical dynamics research, women scientists have long been making significant contributions, yet their achievements and perspectives are sometimes overlooked or underrepresented. As we strive for inclusivity and diversity in the scientific community, it's imperative to shine a spotlight on the invaluable work of women researchers in this field. It's essential to amplify their voices, recognize their contributions, and support their career advancement. By fostering an inclusive and supportive environment that values diversity, we can harness the full potential of women scientists and unlock new insights into the complex dynamics of our planet’s biogeochemical cycles. In conclusion, women scientists are driving innovation, discovery, and progress in biogeochemical dynamics research. Their expertise, leadership, and dedication are indispensable assets in tackling the environmental challenges of the 21st century. Let us continue to celebrate and uplift the contributions of women in science, paving the way for a more equitable and sustainable future.
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Plastic debris reaching the ocean is exponentially increasing in parallel with plastic production. Once into seawater, plastic starts to leach organic compounds that are presumably additives and plastic oligomers, and that process is enhanced by solar radiation. From previous studies with virgin plastic, it has been estimated that up to 23,600 metric tons of dissolved organic carbon (DOC) can be released into seawater every year from all the plastic entering the ocean. However, most plastic found in the ocean has been aged through weathering and sunlight radiation, which could result in enhanced leaching. Despite this, dissolved organic matter (DOM) leaching from aged plastic and the effect on microbial communities and their activity has never been explored. Here we studied DOM leaching by aged plastic collected from a sand beach and how it compares with that from virgin plastic. After characterizing the DOM leached from plastic through fluorescence techniques, we also explored the bioavailability of the DOM leached and its fluorescent fraction through biodegradation experiments. Finally, we determined single cell activities of the prokaryotic community growing on the plastic leachates. We found that the release of DOC by aged plastic was two order of magnitude higher than that leached by virgin new plastic. Extrapolating that into the ocean and assuming that most of the plastic arriving there is not new, we estimated that up to 57,000 metric tons of DOC can be released by plastic debris every year. A fraction of the DOM released by plastic was fluorescent (FDOM), especially in the protein-like region, and bioavailable to microbial uptake, as it is also shown by the increase in the single cell activities of the bacteria growing on the leachates. Since most plastics in the ocean have been exposed to sunlight radiation provoking aging, our results unveil that the amount of carbon released by plastics is much higher than hitherto recognized, and thus will have a stronger impact in the oceanic carbon cycle and in marine ecosystems.

Keywords: plastic leaching, FDOM, DOM, aged microplastics, BONCAT


INTRODUCTION

In 2020, 367 million metric tons of plastic were produced worldwide (Plastic Europe, 2021). From that, about 4% ended in the ocean and the predictions are that this amount will increase twice by 2025, in parallel with the increasing plastic production (Jambeck et al., 2015). Marine plastic debris is known to negatively affect marine fauna through entangling and affecting their health after ingestion (Wesch et al., 2016). When plastics enter in contact with seawater where organic pollutants are present, they may adsorb and absorb these pollutants, which can be posteriorly released into the surrounding environment (Chen et al., 2018). Also, during plastic manufacture, different types of additives are added to the polymer to provide it with the properties required for its use, such as color, durability, and elasticity, among others. Up to 60% of plastic weight can be due to additives (Hermabessiere et al., 2017), which may be released into seawater (Suhrhoff and Scholz-Böttcher, 2016), but also inside the organisms once the plastic is ingested (Hermabessiere et al., 2017). The impact of these organic compounds in the carbon cycle has recently started to be studied. A previous work found that plastic entering the ocean can release up to 23,600 metric tons of dissolved organic carbon every year (Romera-Castillo et al., 2018), but this value was estimated using new commercial plastic. Plastic found in the ocean has been exposed to environmental factors such as UV radiation, oxidation, and erosion which contribute to its aging (Andrady, 2011). This causes degradation in form of scratches and fragmentation of the plastic into smaller pieces. Therefore, it is crucial to study aged plastic leaching into seawater and how it compares with new plastic. Only one work studied the leaching from aged plastic collected in the North Pacific but it did not determine the optical characterization of the leachates nor the biodegradation of the material released (Zhu et al., 2020). Fluorescence spectroscopy has been widely applied to the study of natural dissolved organic matter in aquatic systems (Stedmon and Nelson, 2015). Its application to the DOM leached from plastic gives information about the optical and chemical characteristics of the material released into seawater in a fast and non-expensive way. Also, this technique could show if the fluorescent signal associated to the DOM leached from plastic is distinguishable from that naturally occurring in aquatic systems.

Only a few studies have focused on the impact of plastic leaching on the microbial food web. For instance, dissolved organic compounds leached by plastic can enhance heterotrophic microbial growth (Romera-Castillo et al., 2018) but they have also been found to inhibit Procchlorochoccus photosynthesis and growth (Tetu et al., 2019). However, the effect of aged plastic leachates on marine prokaryotes is mostly unknown. Also, among the few works studying the microbial bioavailability of DOM leached from plastic (Romera-Castillo et al., 2018; Zhu et al., 2020), no one has studied the activity of prokaryotes growing in the leachates and how the leachates from aged plastic compare with new virgin plastic.

The aim of this work is to compare the amount of DOC and fluorescent characteristics of the DOM leached from a mix of naturally aged plastics with that from virgin low density polyethylene (LDPE) as well as other plastic types from the literature. It also investigates the response of a natural bacterial community to these different leachates. To this end, we measured the single-cell protein synthesis capacity of a natural bacterial community growing in plastic leachates applying Bioorthogonal non-canonical amino acid tagging (BONCAT, Dieterich et al., 2006; Hatzenpichler et al., 2014; Leizeaga et al., 2017). We hypothesize that aged plastics leach more DOC in contact with water due to the degradation of their surface and that their leachates will have a stronger impact on the marine bacterial communities than those from virgin commercial plastic.



MATERIALS AND METHODS


Plastic Leaching Photodegradation (Abiotic Production)

The plastic types used in this study were low density polyethylene (LDPE) film (0.5 mm thickness, Goodfellow), cut in 5 × 5 mm side squares, and a mix of aged plastics collected in Famara Beach, Lanzarote (Canary Islands, Spain). This beach is affected by predominant N-NE winds and swells which bring large amounts of plastic debris into its sand. This plastic is probably allochthonous, reaching Famara Beach with the Canary Current, which is fed by the Azores Current, coming from the western North Atlantic, and the Portugal Current, coming from the Iberian basin (Pérez-Hernández et al., 2013). The mix of aged plastics was composed by irregular flat pieces between 0.4 and 1 cm size. The total weight of plastic added to each flask was of 2.48 g for the new LDPE and ∼7.5 g for aged plastic. The amount of LDPE added was chosen following the methodology in Romera-Castillo et al. (2018), who determined the optimal plastic surface values, for a better comparison of the results. Adding the same surface of the aged plastic would have resulted in too few pieces with the risk of not having enough signal. Therefore, for aged plastic, we added ∼180 items L–1 which is a concentration within the range commonly found in very polluted coastal areas such as Jade Bay in the Sourthern North Sea (64 items L–1 on average, Dubaish and Liebezeit, 2013) or Mumbai coast (372 items L–1 on average, Gurjar et al., 2022).

Aged plastic was characterized by FTIR using a Nicolet iS10 coupled with a ATR Smart iTR-Diamond. The mix was composed of 65% of polyethylene, 30% polypropylene, and 5% polyvinyl chloride. We decided to use new LDPE for comparison since polyethylene is the most abundant plastic found in the ocean (e.g., Cózar et al., 2014) and it represented 65% of the aged sample. A few plastic pieces were observed on the scanning electronic microscope (Hitachi S-3500N) and no bacteria or microorganisms were observed on their surface. The pictures also show that the plastic presented signs of aging with multiple fractures and scaly surface (Supplementary Figure 1). Before the experiment, the aged plastics were sonicated (Cole Parmer 8890, 42 KHz, 80 W) three times with MQ water for 10 min. Then, they were soaked in 1% oxygen peroxide for 1 h, to remove any organic debris and any potential bacterial contamination (e.g., Zhu et al., 2020). After that, the plastics were sonicated three times in MQ water for 5 min.

For the photodegradation experiment, plastic pieces were placed in 500 mL quartz tubes filled with 400 mL of 0.2 μm filtered and autoclaved aged seawater (AAS). This AAS had been collected at 2000 m depth in the NW Mediterranean Sea and aged in the dark for 2 years to ensure a low concentration of DOC (down to 52.0 μmol L–1 at the beginning of our experiment). Non-irradiated treatments were placed in 500 mL borosilicate bottles wrapped with aluminum foil. Controls of AAS without plastic were also incubated. All the treatments were performed in triplicates. The flasks were incubated for 6 days in a solar simulator placed in a flow-through water bath maintaining the temperature of the incubation at 28°C, similar to the water temperature in the tropics. The solar simulator provided artificial photosynthetic active radiation (PAR) by a HQI-T Powerstar lamp (250 W, Osram), UV-A radiation by 2 Philips TL100W/10 R fluorescent tubes and, and UV-B radiation by 2 UVA-340 fluorescent lamps (Q-Panel Company, United Kingdom). The radiation intensity for each wavelength or wavelength range was as follows: PAR (400–700 nm), 700 μmol m–2 s–1; 380 nm, 28.47 μW cm–2 nm–1; 340 nm, 16.31 μW cm–2 nm–1; 320 nm, 7.95 μW cm–2 nm–1; 305 nm, 1.09 μW cm–2 nm–1. The radiation dose rate represents the solar radiation in the subtropical North Atlantic Gyre measured at noon at 15 m depth. Artificial solar radiation was measured at 305, 320, 340, 380 nm, and PAR with a Biospherical PUV-510 radiometer. The light treatments received continuous artificial solar radiation.

Dissolved organic carbon and fluorescent dissolved organic matter (FDOM) were measured before and after the incubation period from the irradiated and non-irradiated treatments to estimate the DOM leaching from the plastic material and the effect of the radiation on it. The treatments with aged plastic were filtered through a pre-combusted (4 h, 450°C) Whatman GF/F filter at the end of the incubation since some plastic particles were observed in the water. In the controls of AAS without plastic, DOC variation during the leaching time was not significant (p > 0.05), being 1.16 ± 0.86 μmol L–1 for irradiated and 1.57 ± 1.09 for non-irradiated treatments. DOC release was normalized to the surface area of the plastic used in every flask (8,000 mm2 for LDPE and 15,000 mm2 for aged plastic). The total surface area for each treatment was calculated from pictures using the software ImageJ. Bacterial abundance was measured at the end of the experiment to check that microbial growth did not take place during this photodegradation phase.



Prokaryotic Degradation of Plastic Leachates

After exposure to irradiation, plastic pieces were removed and the leachates obtained in the photodegradation experiment were inoculated with fresh surface seawater from the Blanes Bay Microbial Observatory, in the coastal NW Mediterranean Sea (41°40′N, 2°48′E), at a ratio of 9:1 (leachate: inoculum). The inoculum was collected the same day of the experiment and was filtered by 0.8 μm to remove grazers and other eukaryotic cells, since they could mask the prokaryotic response to leachates. The water for the inoculum was collected on January 30, 2020. The treatments were amended with NH4Cl and NaH2PO4 to a final concentration of 10 and 2 μmol mL–1, respectively, to avoid growth limitation by either nitrogen or phosphorus availability. The flasks were incubated in the dark at 23°C until the prokaryotic community reached the stationary phase. Samples for prokaryotic abundance were collected daily. DOC and FDOM samples were collected at the beginning of the incubation and at the end of the exponential growth phase. At the end of the experiment, samples for DOC and FDOM were filtered through pre-combusted Whatman GF/F filters to remove cells. Samples for BONCAT analyses were collected at 24 h and 96 h after the inoculation.



Analyses

Dissolved organic carbon samples were collected in pre-combusted 20 mL glass vials, acidified with concentrated HCl to pH < 2 and stored at 4°C until analysis. DOC was measured on a Shimatzu TOC-V organic carbon analyzer (Álvarez-Salgado and Miller, 1998) after the removal of CO2 by vigorous sparging with high purity N2. Therefore, only the non-volatile fraction of DOC was measured. The accuracy was tested daily with the DOC reference materials provided by D.A. Hansell (University of Miami). We obtained average concentrations of 44.3 ± 0.8 μmol L–1 for the deep ocean reference (Batch 18–Lot 08–18) minus blank reference materials. The nominal range of DOC values provided by the reference laboratory was 43.2–45.2 μmol L–1.

Plastic carbon loss in the form of DOC was calculated as the mg of DOC leached per kg of plastic carbon (ppm). The carbon content for the plastics used in this work was determined on an Elemental Analyzer Perkin Elmer 2400. We obtained that carbon represented 85.3% for LDPE, and an average of 82.7% for aged beach plastic.

Excitation Emission matrices (EEMs) were performed with a LS 55 PerkinElmer Luminescence spectrometer, equipped with a xenon discharge lamp, equivalent to 20 kW for 8-ms duration. The detector was a red-sensitive R928 photomultiplier, and a photodiode worked as a reference detector. Measurements were performed at a constant room temperature of 20°C in a 1-cm quartz fluorescence cell. The excitation wavelength ranged from 240 to 440 nm at 10 nm steps increments and emissions wavelength from 300 to 560 nm at 0.5 nm increments, with a bandwidth of 5 nm, and the integration time was 0.1 s (scan speed was 250 nm min). Data was standardized and normalized to the Raman area. Raman area and its baseline correction was performed with the emission scan at 350 nm of the MQ blanks and the area was calculated based on measurements of Raman peak at 350 nm (Lawaetz and Stedmon, 2009). Samples were not diluted since the absorbance was always lower than 10 m–1 both at 240 nm and 254 nm (Stedmon and Bro, 2008). Raman-normalized MQ blanks were subtracted to remove the Raman scattering signal (e.g., Stedmon et al., 2003). The drEEM 0.2.0 toolbox was used to standardize the EEMs (Murphy et al., 2013).

Integrated fluorescence was calculated as the sum of the fluorescence intensity values inside the range Ex: 300–400 and Em: 370–500, for the humic-like region, and Ex: 240–300 and Em: 300–370, for the protein-like region. Although the fluorescence observed due to the plastic leaching is not due to the humic- or protein-like substances present in natural DOM, we will keep the terms humic- and protein-like regions for an easier comparison with the Ex:Em regions where the natural dissolved organic matter fluoresces.

Bacterial abundances were determined daily by flow cytometry as described in Gasol and Del Giorgio (2000). Bacterial carbon biomass was calculated from bacterial abundance using the conversion factor 20 fg C cell–1 (Lee and Fuhrman, 1987). Bacterial growth efficiency (BGE, as%) was calculated as the increase in bacterial carbon biomass and the decrease in DOC during the incubation time.

Single-cell activity was estimated using BONCAT (Bioorthogonal non-canonical amino acid tagging, Dieterich et al., 2006) following the protocol detailed in Leizeaga et al. (2017). This protocol consists on the incubation of a natural sample with an artificial amino acid (L-homopropargylglycine, HPG) that is structurally analogue to L-methionine, which is incorporated into the newly synthesized proteins. The HPG-containing cells can get later fluorescently labeled via copper-catalyzed azide-alkyne click chemistry, and visualized and quantified with epifluorescence microscopy.

Samples for BONCAT were collected 24 h and 96 h after inoculation. Nine mL samples were incubated with L-homopropargylglycine (HPG) (1 μM final concentration) during 2 h. The incubation was stopped by fixing the samples with 0.2 μm-filtered formaldehyde (final concentration 4% [v/v]) overnight at 4°C. Samples were gently filtered through a 0.2 μm pore size polycarbonate filter placed on top of a 0.8 μm cellulose acetate membrane filter, washed three times with sterile milliQ water, and kept frozen at −80°C until further processing. Samples were processed following Leizeaga et al. (2017) with small modifications (see Supplementary Material for details).

Images were acquired in black and white using an Axio Imager.Z2m epifluorescence microscope connected to a Zeiss camera (AxioCam MRm, Carl Zeiss MicroImaging, S.L., Barcelona, Spain) at 630 × magnification through the Axiovision software, and analyzed using ACMEtool. A Colibri LED light source was used (Carl Zeiss) with two light-emitting diodes (UV-emitting LED 365 for DAPI; red-emitting LED 590 for the tyramide Alexa Fluor 594), combined with the HE-62 multifilter module (Carl Zeiss). 100 ms exposure time was used for DAPI, and 120 ms for the BONCAT images. On average, 5,000 cells were counted per portion of filter. Image analyses were performed with ACMEtool over two black and white pictures of the same visual field: one for the DAPI stain and one for the BONCAT+ cells. The percentage of BONCAT+ cells was calculated in relation to the DAPI counts.

The intensity of the BONCAT+ cells was assessed using the mean gray value (MGV), which is the sum of the gray values of all the pixels in the cell divided by the number of pixels. Cells were categorized as displaying high, medium or low activity based on this signal intensity. To this end, all the BONCAT+ labeled cells were first rank-ordered by intensity. Then the maximum intensity and the minimum intensity were obtained. This intensity range (between the maximum and minimum intensity) was equally divided in three groups: high intensity (top third), medium intensity (middle third), and low intensity cells (bottom third). Finally, the percentage of each category within the BONCAT+ cells was calculated at each time point.



Statistical Tests

We used ANOVA followed by Tukey’s Honestly Significant Difference (HSD) test to explore differences in cell activity between the different treatments.




RESULTS


Photodegradation of Plastic Leachates (Abiotic Production)

All the plastic treatments showed leaching of DOC ranging from 0.09 ± 0.09 μg cm–2 of plastic surface, for non-irradiated LDPE, to 21.50 ± 0.78 μg cm–2 of plastic surface, for irradiated aged plastic (Figure 1A and Table 1). The aged plastic collected on the beach released between 30 and 94 times more DOC than the commercial LDPE for irradiated and non-irradiated treatments, respectively. Irradiation significantly enhanced the release of DOC in both plastic types, particularly in the LDPE that released 8 times more DOC after irradiation than its dark counterpart. After 6 days, all plastic types lost weight in form of DOC. The highest loss corresponded to the aged plastic with 542 ± 20 mg of DOC per kg of plastic carbon (ppm), for the irradiated, and 225 ± 2 ppm, for the dark treatments. After irradiation, LDPE lost only 29 ± 7 ppm while this plastic kept in the dark lost 3.9 ± 4 ppm.
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FIGURE 1. Dissolved organic matter leached from LDPE and aged plastics in the irradiated and non-irradiated treatments during the photodegradation experiment (A) dissolved organic carbon; (B) fluorescent dissolved organic matter integrated in the humic-like region; (C) fluorescent dissolved organic matter integrated in the protein-like region. An enlargement of the LDPE values during the leaching incubation is included in all panels. The same letter over different bars indicate non-significant differences between them. Error bars represent the standard deviation of the mean of the triplicate cultures.



TABLE 1. Total dissolved organic carbon (μg⋅cm–2) leached by different types of virgin plastic and aged plastics.

[image: Table 1]
Both new LDPE and aged plastics released fluorescent dissolved organic matter (FDOM) in the humic-like region (Figure 1B). The highest release was observed in the aged plastic treatments with 271.1 ± 4.2 R.U.⋅ nm2, for the irradiated treatments, and 609.8 ± 13.4 R.U. ⋅ nm2, for the non-irradiated ones. The non-irradiated treatments presented higher FDOM in the humic-like region than irradiated ones, being not significant for LDPE but more than double in the aged plastic. Regarding FDOM in the protein-like region, only irradiated LDPE did not show a net release (Figure 1C). Aged plastic leached the highest amount being 1105.4 ± 31.9 R.U. ⋅ nm2, for the irradiated treatments, and almost twice that amount (2042.3 ± 20.8 R.U. ⋅ nm2) for the non-irradiated ones.

The leached material of the aged plastic showed Excitation Emission Matrices (EEMs) characterized by two well-defined peaks: one in the protein-like region at Ex:Em around 268 nm:352 nm and a smaller one, around 3 times lower than the former, at Ex:Em around 312 nm:362 nm (Figures 2A,B). Both peaks were absent in the LDPE and control treatments. The intensity of these peaks was higher in the non-irradiated treatments (about 0.61 and 0.2 R.U., respectively) than in the irradiated ones (about 0.10 and 0.03 R.U., respectively) indicating that irradiation could have photodegraded both peaks. In the humic-like region it is also observable a fluorescent signal in the non-irradiated treatments that almost disappeared in the irradiated ones, showing that it was also photodegraded.
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FIGURE 2. Net Excitation Emission matrices (EEMs) variation in the leachates from aged plastic, as the difference between final and initial time points after (A) 6 days of abiotic irradiation; (B) 6 days of abiotic incubation with no irradiation; (C) 4 days of biodegradation by a marine natural community of the irradiated leachates; and (D) 4 days of biodegradation by a marine natural community of the non-irradiated leachates. Note the difference in the color scale for the irradiated and non-irradiated treatments.




Biodegradation of Plastic Leachates

All treatments showed an increase in the bacterial abundance that reached between 2.71 × 106 ± 2.32 × 105 cell mL–1 in the non-irradiated control, and 1.34 × 107 ± 2.75 × 106 cell mL–1 in the irradiated aged plastic leachates (Figure 3). The exponential phase started after 20 h of incubation. We stopped the incubations at day 4 when the communities reached the stationary phase. Bacterial growth on aged plastic leachates was one order of magnitude higher than in the control without plastic and in the LDPE leachates, for both, irradiated and non-irradiated treatments. The bacterial abundance reached in the LDPE leachates did not show a significant difference compared to the control without plastic for both irradiated (about 3.10 × 106 cell mL–1) and non-irradiated treatments (about 2.75 × 106 cell mL–1). At the end of the biodegradation experiment, all the previously irradiated treatments presented higher bacterial abundance compared to their non-irradiated counterparts, although the difference was not significant for the treatments with aged plastic leachates.
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FIGURE 3. Growth of natural bacterial communities on (A) LDPE leachates and (B) aged plastic leachates produced during the abiotic degradation experiment (irradiated and non-irradiated). The controls with no plastics are also shown. Error bars represent the standard deviation of the mean of the triplicate cultures. Note the different scales of cell abundance in panels (A,B).


Dissolved organic carbon consumption during the biodegradation experiments ranged between 15.4 ± 5.4 μmol L–1 in the non-irradiated control, and 194.9 ± 12.8 μmol L–1 in the irradiated aged plastic leachates (Figure 4A). The consumption of DOC in the aged plastic leachates was significantly higher than in the LDPE and control, which showed similar values between them for both the irradiated and non-irradiated treatments. All the irradiated treatments presented a significantly (p < 0.05) higher DOC consumption than their non-irradiated counterparts. Since the DOC concentration at the beginning of the biodegradation experiment was different in each treatment, we also calculated the fraction of DOC consumed in relation to the initial concentration. In the irradiated treatments, between 35.7 and 30.0% of the available DOC was utilized with no significant differences between treatments. The fraction of DOC consumed in the non-irradiated treatments (between 25.7 and 20.7%) was significantly lower (p < 0.05) than in the irradiated ones but with no significant differences between plastic types or controls.
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FIGURE 4. Net variation of dissolved organic matter leached by LDPE and aged plastic after 4 days of bacterial biodegradation, calculated as the difference between the initial and final time points for (A) dissolved organic carbon consumption; Integrated fluorescence of dissolved organic matter in the (B) humic-like region and (C) protein-like region. Positive values indicate consumption while negatives indicate production. The same letter over different bars indicate non-significant differences between them. Error bars represent the standard deviation of the mean of the triplicate cultures.


For the treatments with plastic, average bacterial growth efficiency (BGE) was 19 ± 10% while for the controls without plastic, it was 25 ± 8%. No significant differences were observed between both. Our BGE values are within the range of those found in coastal waters (Del Giorgio and Cole, 1998), but slightly higher than those found in similar experiments using a natural bacterial inoculum from the Adriatic Sea (Romera-Castillo et al., 2018). In the irradiated treatments, the average BGE was 15 ± 4%, not significantly different from the one observed in the non-irradiated treatments (27 ± 14%).

During the biodegradation phase, both irradiated plastic treatments showed a significantly (p < 0.05) higher production of FDOM in the humic-like region than the irradiated control without plastic with the highest value observed in the LDPE leachates (23.2 ± 3.7 R.U. ⋅ nm2) followed by the aged plastic leachates (13.6 ± 0.6 R.U. ⋅ nm2) (Figure 4B). The non-irradiated LDPE and control treatments did not show a significant change in the humic-like material over the biodegradation experiment. However, the non-irradiated aged plastic leachates experienced a notable decrease of 86.0 ± 5.8 R.U. ⋅ nm2, showing the consumption of compounds fluorescing in the humic-like region by the marine prokaryote community. We also normalized the FDOM values to the DOC concentration at the beginning of the biodegradation experiment and the consumption/production trends were the same than those before the normalization.

A production of FDOM in the protein-like region was observed in all the treatments except in those with the aged plastic leachates, where consumption took place instead (Figure 4C). The production of these compounds in the irradiated LDPE treatments (18.5 ± 1.0 R.U. ⋅ nm2) was significantly (p < 0.05) higher than in the irradiated control (11.5 ± 2.1 R.U. ⋅ nm2). However, although the non-irradiated LDPE leachates showed higher production (12.2 ± 5.3 2.45 ± 0.10 R.U. ⋅ nm2) than the non-irradiated control (2.7 ± 2.7 R.U. ⋅ nm2), the differences between them were not significant. The production of protein-like material was similar in both irradiated and non-irradiated LDPE plastic leachates while in the control without plastic, the production was significantly higher in the irradiated than in its non-irradiated counterpart. In the aged plastic leachates, the consumption of protein-like FDOM was higher (p < 0.05) in the non-irradiated treatments (248.0 ± 4.4 R.U. ⋅ nm2) than in the irradiated ones (164.0 ± 12.5 R.U. ⋅ nm2).

During the biodegradation experiment, the peak observed in the protein-like region (Ex:Em around 268 nm:352 nm) of the aged plastic leachates decreased in intensity (Figures 2C,D) by 0.042 R.U. in the irradiated treatment and by 0.060 R.U. in the non-irradiated one. For the peak centered at Ex:Em around 312 nm:362 nm, the consumption was 0.012 R.U. in the irradiated and 0.020 R.U. in the non-irradiated treatments. Consumption at the boundary between the protein- and humic-like regions was also observed centered at 305nm:395 nm with higher variation in the dark.

To further investigate the response of the bacterial community to the plastic leachates we used Bioorthogonal non-canonical amino acid tagging (BONCAT, Dieterich et al., 2006; Hatzenpichler et al., 2014; Leizeaga et al., 2017), which achieves the fluorescent labeling of proteins that have been synthesized during the incubation with a methionine surrogate, allowing the quantification of translationally active cells. The aged plastic leachates resulted in a 4–5-fold-increase in the number of active cells compared to the LDPE leachates and the control treatment at the end of the experiment (Figure 5A). However, no significant differences were found in the number of active cells between the irradiated and the non-irradiated treatments in the control or any of the plastics leachates (ANOVA test, p > 0.05). The number of active cells in the LDPE leachates was not significantly different to that in the control treatment at any of the sampled time-points.
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FIGURE 5. Bacterial single-cell activity estimated with BONCAT in the inoculum and during the incubation with plastic leachates on day 1 and 4. (A) Number of active cells in the incubations. (B) Proportion of active cells. Different letters indicate significant differences among treatments. Error bars represent the standard deviation of the mean of the triplicate cultures.


Although the number of active cells was low one day after bacterial inoculation, the increase in the proportion of active cells observed from the inoculum to the control and plastic treatments (Figure 5B) indicated that the prokaryotic cells were rapidly stimulated by the 1:9 dilution. Nonetheless, this stimulation was significantly lower in the irradiated LDPE leachates, where 50% of the cells were active, than in the control and aged plastic leachates, where ∼75% of the cells were active (Tukey’s post hoc test, p < 0.001). On day 4, the proportion of active cells significantly decreased in all treatments except in the irradiated LDPE leachates, where it barely changed. Furthermore, the proportion of active cells was lower in the irradiated aged plastic leachates than in the non-irradiated counterpart (p = 0.00006), whereas the opposite trend was observed with the LDPE leachates (p = 0.04).

Besides the decrease in the proportion of active cells, we also observed a drop in the single-cell translational activity of the individual cells in the aged plastic leachates on day 4, as evidenced by the fact that low activity cells accounted for most of the active pool of cells in both, irradiated and non-irradiated treatments (>75% of the cells, Figure 6). However, the proportion of low activity cells was significantly higher in the irradiated treatments than in the non-irradiated ones (p = 0.01). In contrast, medium and high activity cells represented roughly half of the active cells in the LDPE leachates and the control. These findings may indicate that in the aged-plastic leachates bacteria used all the biodegradable DOC faster, and the remaining DOC on day 4 (particularly in the irradiated treatment) was more resistant to utilization than the one in the LDPE leachates or the control treatment.
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FIGURE 6. Distribution of activity in the pool of active cells. Active cells were categorized as having low, medium, or high activity based on their BONCAT signal intensity, as in Sebastián et al. (2019) (see Section “Materials and Methods”).





DISCUSSION


Plastic Leaching of Dissolved Organic Matter

The amounts of DOC leached from LDPE were within the low range of those previously reported for the same plastic type (Romera-Castillo et al., 2018; Table 1). Similar experiments were performed in our lab, as part of another work, with virgin expanded polystyrene (EPS), virgin polystyrene (PS), and artificially aged LDPE (exactly the same used as virgin in this experiment, Table 1). The aged plastic collected on the sand beach leached an amount of DOC up to two order of magnitude higher than those virgin plastic types, including PE and PP which made the 95% of the aged mix composition. Finally, the DOC leaching from the artificially aged LDPE was three order of magnitude higher than the virgin LDPE. This indicates that aged plastic releases much more DOM than virgin plastic.

In our study, between 3.9 and 542 ppm of carbon was lost from plastic in form of DOC after 6 days of abiotic incubation. The highest loss corresponded to the irradiated aged plastic. The amounts of plastic carbon lost in form of DOC (225–542 ppm) in the aged plastic treatments were one order of magnitude higher than the previously reported for new plastic after 6 days of irradiation which showed a loss of 86.7 ppm for expanded polystyrene and 28 ppm for LDPE (Romera-Castillo et al., in press). However, these values were lower than those reported by Zhu et al. (2021) of 4.8 g kg–1 (ppt) for standard polyethylene and 68 ppt for EPS after 54 days of irradiation. This could be because the amount of DOC leached from plastic was found to increase exponentially with incubation time (Zhu et al., 2020). New plastic has been shown to leach out the highest DOC amount right after the plastic get in touch with the water (Romera-Castillo et al., 2018). However, in longer incubation experiments using post-consumed plastic, the leaching increased exponentially at different rates depending on the plastic type, but accelerating after 54 days of light exposure (Zhu et al., 2020). The chemical composition of the commercial plastic includes antioxidants and other additives to prevent or retard degradation. Most of those additives are not chemically bound and can easily migrate to the fluid (Hermabessiere et al., 2017). Cracks and fragmentation make accessible light and oxygen to internal layers accelerating the aging process (Luo et al., 2020). Therefore, after a long time exposure to UV radiation, the additives can be lost making plastic even more vulnerable to degradation and leaching. After certain point, the plastic could be constantly leaking chemical compounds. This agrees with a previous experiment using a mix of plastic collected in the North Pacific Subtropical Gyre (NPSG), presumably old, which showed a lineal increase of DOC leached with time of exposure to irradiation (Zhu et al., 2020). All this explains why our new plastic released much less amount of DOC than the aged plastic which had been exposed to radiation for longer than 54 days. The previous estimate of 23,600 metric tons of DOC released by plastic in the ocean every year (Romera-Castillo et al., 2018) could be markedly underestimated, as it was derived from experiments with virgin plastic. Considering that aged plastic leached 21.50 μg cm–2, which is 2.4 times the maximum leaching previously obtained with virgin plastics (Romera-Castillo et al., 2018), the amount of DOC released by plastic entering the ocean would increase up to 56,882 metric tons of DOC every year. The amount of plastic debris floating in the NPSG, one of the most polluted areas of the open ocean, is meant to be 96,400 metric tons (Eriksen et al., 2014). That plastic is known to be aged, since it takes about 1 year to arrive there from the closest coast (Lebreton et al., 2018) but they can be retained in the gyre for more than 3 years (Ebbesmeyer et al., 2007). Along that journey, it has been exposed to weathering factors such as sunlight radiation, oxidation and erosion. Therefore, the amount of DOC released per year from the plastic accumulated in that “garbage patch” is estimated to be, at least, 432 metric tons.

Here, the aged plastic collected on the beach released between 30 times more DOC, for irradiated, and 94 times more DOC, for non-irradiated treatments, than the commercial LDPE showing that sunlight radiation had more effect on the release of DOC from new than from aged plastic. The higher release of DOC after irradiation of plastic found here has been previously observed (Lee et al., 2020a). However, other studies reported contrasting results on plastic leaching (Suhrhoff and Scholz-Böttcher, 2016; Romera-Castillo et al., 2018). This difference could be due to the chemical composition of the material used, its degree of degradation and, maybe, the matrix where the plastic is releasing its compounds (fresh, brackish, or marine waters).

Possible compounds within plastic leachates could be the same oligomers from the polymer or additives (e.g., plasticizers or antioxidants). Some of these additives are known to present aromatic moieties that emit fluorescence, such as bisphenol A (BPA, Em/Em 220/309) and diethylhexyl phthalate (Em/Em 220/340, Lee et al., 2020b). Fluorescent additives would explain the FDOM observed in this work in both LDPE and aged plastics leachates, which was especially higher in the latter. Irradiated treatments showed lower values of leached FDOM than their non-irradiated counterparts both in the humic- and protein-like regions. This indicates that the FDOM leached from plastics was partially photodegraded during irradiation. The effect of irradiation on the FDOM was the opposite than on DOC which presented higher release in irradiated treatments. Therefore, DOM released by plastic under sunlight will have a higher proportion of less fluorescent material than that released in the dark. In the aged plastic leachates, the main fluorescing area was the protein-like region while in the humic-like region the intensity was lower. The ratio between the integrated fluorescence in the humic-like region of the irradiated aged plastic leachates vs. those from the non-irradiated aged plastic leachates was lower (0.34 ± 0.09) than the same ratio for the protein-like region (0.54 ± 0.09). This suggests that the compounds fluorescing in the humic-like region were more photo-labile than those in the protein-like area. This agrees with the fact that the UV radiation reaching the Earth surface starts at wavelengths > 295 nm. Since the protein-like fluorophores are usually excited bellow that value, they do not undergo a direct photochemical decomposition and the effect of radiation on them is lower.

Aged plastic leachates EEMs showed two characteristic peaks that were not present in the LDPE leachates. Those peaks presented an intensity about six times higher in the non-irradiated than in the irradiated treatments, indicating, again, that irradiation photodegraded them. There are two typical protein-like peaks commonly found in natural organic matter: peak-B (Ex:Em 275 nm:310 nm) and peak-T (275 nm:340 nm, Coble, 1996). The highest peak observed in the aged plastic leachates (Ex:Em about 268 nm:352 nm) is close to the peak-T, but shifted to longer emission wavelengths. In a previous experiment with expanded polyestyrene (EPS) leachates, a predominant peak was also found in the protein-like region but shifted to shorter excitation and emission wavelengths (Ex:Em ∼250 nm:306 nm, Romera-Castillo et al., in press). This peak was attributed to polycyclic aromatic hydrocarbons (PAHs) from plastic impurities or additives, since those compounds fluoresce in that region (Ferretto et al., 2014). A recent study using new grinded virgin polyvinyl chloride (PVC) and polystyrene plastics, but in artificial freshwater, observed two peaks also in the protein-like region but their Ex:Em maxima did not coincide with ours (Lee et al., 2020b; Lee et al., 2021), being ours shifted to longer emission wavelengths. Agostino et al. (2021) found two peaks in the protein-like region coinciding with peak-T and peak-B in leachates from PP in MQ water. However, the peak found here at Ex:Em 312nm:362 nm seems to not coincide with any other peak previously found in natural organic matter nor in leachates from new plastic. This indicates that the mix of aged plastics, which is the most representative plastic debris found in the ocean (e.g., Cózar et al., 2014), releases much more FDOM than virgin plastic and presents a unique fluorescence fingerprint. However, more research needs to be done to see if that signal is observed with other plastic samples.

In any case, according to this work and to similar studies mentioned above, it seems that plastic releases FDOM with a characteristic signal in the protein-like region. So, special care should be taken when sampling for DOM, and particularly for FDOM, in very polluted areas such as some regions of the Mediterranean Sea or some very polluted coastal areas, since plastic signal could mask natural FDOM.



Biodegradation of Plastic Leachates and Bacterial Activity

Bacterial abundance and single-cell activity in the LDPE treatments were similar to those in the control without plastic, with no significant differences among them. This contrasts with previous studies, which found a significantly higher bacterial abundance in LDPE treatments than in control without plastics (Romera-Castillo et al., 2018). On the other hand, DOC consumption was higher in those treatments where the plastic leaching was higher, which agrees with previous studies (Romera-Castillo et al., 2018), indicating that DOC leachates were labile to microbial uptake. This is supported by the observation of a significantly positive correlation between the bacterial abundance (p < 0.05; R2 = 0.97) and single-cell activity (p < 0.05; R2 = 0.76) at the end of the experiment with the amount of DOC leached, indicating that the prokaryotic response depended on the amount of DOC released. Since LDPE released a low amount of DOC in this experiment, it seems it was not high enough to provoke a big change in the bacterial abundance and single-cell activity regarding the control without plastic. The fluorescent fraction of the material leached by the aged plastic was also found to be bioavailable, as evidenced by a decrease of the DOM fluorescing in the protein-like region and in the humic-like region. This is also supported by the decrease of the two peaks observed in the EEMs of the aged plastic leachates, indicating a consumption during the bacterial incubation. All this shows that the fluorescent material released by aged plastic was labile to microbial uptake. The aged plastic was a mix of plastic types with a 65% of them being polyethylene, but remarkably, we did not observe those protein-like peaks in the LDPE treatment. Thus, probably, it was not the plastic type but the aging condition that made plastic release that labile fluorescent material.

Compounds fluorescing in the protein-like region were preferentially consumed by bacteria compared to those in the humic-like region. Coincidently, in natural DOM, protein-like compounds are also usually more labile than humic-like compounds (e.g., Lønborg et al., 2010; Cory and Kaplan, 2012). FDOM consumption was higher in the non-irradiated than in the irradiated treatments, but the opposite occurred for the DOC. This indicates that the DOM consumed by prokaryotes in the non-irradiated treatments was richer in fluorescent compounds than the DOM in the irradiated leachates. This could be due to the fact that fluorescent compounds were previously photodegraded in the irradiated treatments, so less amounts of FDOM were left there and prokaryotes used different compounds than in the treatments non-exposed to radiation. This shows that photodegradation makes the FDOM leached from aged plastic less labile to microbial uptake. For general DOC instead, photo-reactions could be rendering the non-fluorescent fraction of the DOM more labile to microbial uptake that would explain the higher consumption in the irradiated treatments. This agrees with the observation that sunlight can change the lability of natural DOM, turning the labile DOM into recalcitrant and making the recalcitrant DOM into labile (Obernosterer et al., 1999).

The presence of microplastics has been shown to stimulate marine microbial production of chromophoric DOM (CDOM) during a microcosm experiments containing microplastics and bacteria simultaneously (Galgani et al., 2018). In our study, in which marine bacteria were never in contact with plastic but only with the plastic leachates, we only observed a higher production of FDOM by bacteria, both in humic- and protein-like regions, in plastic leachates of the virgin LDPE treatments, especially in the irradiated samples. However, in the aged plastic leachates, only production of FDOM in the humic-like region of the irradiated treatments was observed. This could indicate that marine bacteria produce FDOM during the reworking of new virgin plastic leachates. It is likely that they also produce it during the biodegradation of the aged plastic leachates, but the consumption is probably masking the production.

Despite the amount of DOC released in the irradiated aged plastic was higher than in its non-irradiated counterpart, no significant differences were found in the number of active cells between both treatments. Looking at the quality of DOM, the protein-like FDOM to DOC ratio was higher in the non-irradiated aged plastic treatment than in the irradiated one, both at the beginning and at the end of the biodegradation experiments. The lack of differences in the number of active cells between both treatments may indicate that the response of the bacterial community is driven by the interplay between both quantity and quality of DOM. The drop in the percentage of active cells and their corresponding single cell-activity observed in all treatments on day 4 of the experiment suggests that a large fraction of the DOM amenable to utilization had been consumed by then (Figures 5B, 6) or, alternatively, that the bacterial community became limited by some micronutrient (i.e., vitamins or cofactors), as inorganic nutrients were added to prevent nutrient limitation. This drop in single-cell activity was more remarkable with the aged plastic leachates (and particularly in the irradiated treatment), where DOC consumption had been the highest compared to the other treatments. At the end of the biodegradation experiment, the remaining DOM in the irradiated aged plastic leachates presented a protein-like to DOC ratio significantly lower than the non-irradiated aged plastic leachates (0.38 ± 0.14 vs. 0.99 ± 0.13, respectively). This suggests that the remaining DOM could have a higher quality in the non-irradiated aged plastic treatment than in the irradiated one, which explains why bacterial cells in the non-irradiated aged plastic treatment displayed comparatively higher per cell activity. In any case, bacterial cells were remarkably stimulated by the aged plastic leachates, with the number of active cells increasing 5-fold relative to the control (Figure 5). This stimulation is similar in magnitude to the one observed with a long-term carbon starved dark ocean prokaryotic community upon fresh organic carbon inputs (Sebastián et al., 2019). Thus, these findings suggest that leachates of ocean plastic debris may have a strong impact on microbial metabolism.




CONCLUSION

Here we have seen that aged plastic releases much more DOC than virgin plastic into seawater. Such DOM presents a characteristic fluorescent signal in the protein-like region, which is photodegradable under the sunlight. The fluorescent material released by aged plastic was labile to microbial uptake, specially that fluorescing in the protein-like region. The aged plastic leachates showed a characteristic fluorescent signal at Ex:Em 312 nm:362 nm, which could potentially be used to track unseen plastic pollution in areas of the oceans that are heavily polluted. However, this signal could be masked by photodegradation and microbial processes. The single cell activity of marine bacteria was notably enhanced by the DOM released by aged plastic. Since plastic can last in the ocean for many years becoming old and smaller in size, most of the plastic that is found in the ocean is presumably aged and it is releasing more DOC into the ocean than previously thought, stimulating prokaryote activity. This means that DOM released by plastic has the capacity to alter the biogeochemistry of the carbon cycle in the ocean.
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Leaf wax n-alkane biomarkers are widely used to infer past vegetation dynamics and hydroclimate changes. The use of these compounds strongly relies on the characterization of modern plants. However, few studies have explored leaf waxes of modern plants and their application to reconstructing climate and environmental changes in the Iberian Peninsula, a region known for its high vulnerability to climate change. In this study, we characterize the distributions and compound-specific isotopic compositions of the leaf waxes of dominant plants in the vegetation cover, soil, and surface sediment of the Lake Peixão area, a high-mountain glacial lake in Serra da Estrela (central Portugal). Our results show that the modern oro-Mediterranean (subalpine) vegetation of the study area is dominated by C3 grasses/herbs and shrubs that preferentially produce long-chain leaf waxes (≥C27). The C31 n-alkane display the overall highest concentration, produced by some grasses and shrubs, but especially Erica sp (heather), which is highlighted as a major source for the total n-alkane pool in the lake sediments. C29 is the second-most abundant and the most equally produced n-alkane of the vegetation cover; C25 and C27 homologs are mainly associated with aquatic-related grasses/herbs, while C33 and C35 are particularly linked to cold-drought tolerant Juniperus sp. shrubs. Shrubs show higher but proportional values than grasses/herbs in the isotopic space, suggesting a directly proportional physiological adaptation of the two ecological forms to the prevailing climatic and environmental factors of the study area. C29 is pointed as the most representative (or less plant-biased) leaf wax n-alkane in the lake sediments. Thus, δD of C29 n-alkane is interpreted as a robust terrestrial hydrological indicator (δDterr), which signal is believed to be strongly influenced by the mean air temperature and/or precipitation amount. Despite the sparse vegetation and small catchment area, the apparent hydrogen fractionation factor, determined from δDterr of the lake surface sediment, is in line with the modeled global mean values for the latitude of the study area. The different molecular and compound-specific signatures of the studied oro-Mediterranean species have the potential to support future interpretations of leaf wax biomarkers in the Iberian Peninsula.
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1 INTRODUCTION
Reconstruction of past climate and environmental conditions requires a thorough characterization and understanding of how modern ecosystems produce physical, chemical, or biological indicators, known as proxies, in response to specific climatic and environmental conditions. An ecosystem that promptly responds to climate change is often referred to as a “climatic sensor” (Evans et al., 2013). An excellent example of this type of sensor is the vegetation cover of the Iberian high mountains, known as sensitive ecosystems and natural laboratories (Toro et al., 2006). The lakes of these high mountains can act as sentinels of climate and environment changes and are capable of archiving evidence of the temporal evolution of the surrounding landscape in their sediments (Adrian et al., 2009). The Iberian Peninsula (IP) displays a wide range of climatic conditions due to its mid-latitude location, between the Eastern North Atlantic and the western Mediterranean regions, its complex orography, and the interplay between sub-tropical and sub-polar air masses. These features make IP bioclimatic diverse and particularly sensitive to climate changes and a recognized “hot spot” for the study of past climate, especially in quaternary studies (e.g., Sánchez-López et al., 2016; Abrantes et al., 2017; Baldini et al., 2019; Thatcher et al., 2020).
Plants produce a wide range of organic compounds, including leaf wax biomarkers, which are used as climate and environmental proxies (Peters et al., 2005; Castañeda and Schouten, 2011; Berke, 2018). However, the use of these compounds requires a comprehensive characterization of modern plants composition and understanding of their respond to the prevailing climate and environment factors (e.g., Bush and McInerney, 2013; Howard et al., 2018; Liu et al., 2018; Wang et al., 2018). The characterization of modern leaf wax compositions in the IP is still understudied (Ferreira et al., 2007; Ortiz et al., 2010, 2011, 2016; López-Días et al., 2013), despite the increasing number of past reconstructions using these compounds in both marine and lacustrine records (e.g., Jambrina-Enríquez et al., 2016; Taylor et al., 2018; Schirrmacher et al., 2020; Toney et al., 2020). Here, we focus on leaf wax n-alkanes, n-alkyl lipids with the general formula of CnH2n+2 (where n is the carbon number in the chemical chain), synthesized by plants to act as a protective barrier from the external environment and prevent water loss (Eglinton and Hamilton, 1967; Cranwell et al., 1987; Post-Beittenmiller, 1996; Shepherd and Griffiths, 2006). The high resistance to degradation and strong isotopic relationship of n-alkanes with vegetation type and water sources make compound-specific stable isotope analysis (CSIA) a valuable tool to infer past organic matter sources and hydrologic changes (e.g., Leider et al., 2013; Curtin et al., 2019; Hahn et al., 2021; Imfeld et al., 2022). Temporal variations in the stable carbon isotope ratio (13C/12C) of n-alkanes (δ13Cn-alk) in sedimentary records generally reflect changes in vegetation sources and water use efficiency of a catchment area (e.g., Freeman and Colarusso, 2001; Schefuß et al., 2003; Rommerskirchen et al., 2006; Diefendorf and Freimuth, 2017). The hydrogen isotopic ratios (D/H) of leaf wax n-alkanes (δDn-alk) ultimately reflect the isotopic composition of precipitation. However, this signal results from a net fractionation process involving isotopic signatures of groundwater, lake water, soil, plant transpiration, and biosynthetic fractionation (see Sachse et al., 2012 for review).
In this work, we aim to fill the gap in studies of modern plants and their relationship as precursors of hydrocarbon biomarkers in IP. For that, we explored leaf wax n-alkanes of predominant species in the vegetation cover and surface sediment of Lake Peixão. This study area, located on top of the Serra da Estrela Mountain, lies between the Atlantic and Mediterranean bioclimatic zones, being considered a sensitive place to explore past hydrological changes and is in one of the most vulnerable regions to current climate changes (Allan et al., 2021). These results will add new insights about leaf wax biomarkers in IP and ultimately contribute to more reliable and robust interpretations of their sedimentary records in this key-region for reconstructing past climate and environmental changes.
2 MATERIALS AND METHODS
2.1 Study area
The study area is located in the Serra da Estrela Mountain, a NE‒SW-directed intraplate mountain range in the westernmost sector of the Iberian Central System (Figure 1), central Portugal. This alpine range of the granitic basement (Ribeiro et al., 1990) comprises the highest point (1,993 m above mean sea level, amsl) and the largest nature conservation area of continental Portugal. Here, a remarkable and unique set of glacial landforms and deposits (e.g., see Vieira, 2004, 2008) promoted the recognition of this region as a UNESCO Global Geopark. One of these glacial features is the study site, Lake Peixão (Figure 1) (40°20′35″N; 7°36′19″W), a relatively small (0.015 km2) and subcircular lake (ca. 140 m diameter) at 1,677 m amsl. This alpine lake has a glacial origin, formed after the melting of the last icesheets ca. 14.7 ± 0.32 ka cal BP, which the small catchment area (ca. 0.30 km2) is characterized by enclosed and steep granitic rocks (Figure 2) [Hernández et al., (2022) (in review)]. Few and small ephemeral streams flow into the lake, which has slightly acidic, oligotrophic, and monomitic waters (Boavida and Gliwicz, 1996). A spill point in the southern part can control the maximum lake level, draining into the Candeira valley (Figure 2). The landscape near the lake is characterized by sparse but well-constrained oro-Mediterranean vegetation patches dominated by shrubs such as Erica spp., Juniperus communis, Genista spp., Cytisus spp., and Calluna vulgaris (Connor et al., 2021), and grasslands mainly composed by Agrostis delicatula and Nardus stricta. Soils are rare and poorly developed; aquatic plants are sparse and mainly located near ponds and the lake, while trees are absent.
[image: Figure 1]FIGURE 1 | Morphological map of the Iberian Peninsula. The red star indicates the Lake Peixão location (Serra da Estrela, Portugal). Csa: Hot summer Mediterranean climate; Csb: Mild summer Mediterranean climate; Cfb: Oceanic. The dark blue arrows represent the moist rich prevailing westerlies from the Atlantic Ocean entering Iberia. Sources: European map from shadedrelief.com. River network from the European Environment Agency (EEA). Topography and bathymetry, sourced from portal.emodnet-bathymetry.eu, overlapped with the simplified Köppen-Geiger climate classification for the Iberian Peninsula (1971–2000) (adapted from the Iberian Climate Atlas, 2011).
[image: Figure 2]FIGURE 2 | The Lake Peixão area. The light-blue dashed line represents the upslope watershed contour obtained from the elevation model of Google Earth Pro. The enumerated triangles represent sites of sample collection: 1—Agrostis sp.; 2—Antinoria sp.; 3—Juncus sp.; 4—Cytisus sp.; 5—Juniperus sp. and respective litter; 6—Erica sp. and respective litter; 7—Nardus sp. and respective litter; 8—Soil sample. Colors represent orange–grasses; light blue–aquatic grass; light green–soft rush; dark green–shrub; brown–soil. The eye-view symbol point to the view seen in the respective photos (A,B), and (C). Satellite imagery from Google Earth (date: 26 May 2019).
In general, Serra da Estrela region is characterized by a Mediterranean climate, with warm/dry summers and cold/wet winters, and is marked by strong vertical gradients in temperature and precipitation (Vieira et al., 2005; Mora, 2010). The ensemble historical climate of the region, from 1971 to 2000 [see http://portaldoclima.pt/en (Accessed 29 March 2022)], shows that the warmest and driest months are July and August, with mean values of approximately 20°C and 17 mm of rainfall. The coldest and wettest months are December and January, with a mean temperature of approximately 5°C and 150 mm precipitation, where precipitation often falls in the form of snow on the top of the mountain (Carreira et al., 2009, 2011).
The spatial variability of precipitation in this mountain range is highly controlled by altitude and slope orientation, with the basal areas receiving approximately half of the precipitation amount of the mountain summit, which can reach values of approximately 2,500 mm/year (Mora, 2010). The mountain range roughly defines a boundary between two Mediterranean climates (following the Köppen–Geiger climate classification system), one to the north characterized by mild summers (csb) and the other to the south characterized by hot and dry summers (csa) (Figure 1). The moisture-rich westerlies are predominant during winters and show a gradual D-depletion from the coast inland (Carreira et al., 2009). The atmospheric moisture sources of this part of the IP are almost exclusively derived from the prevailing westerly Atlantic air masses (Carreira et al., 2009; Cortesi et al., 2013; Thatcher et al., 2020), contrasting with other regions, such as the southeastern, which can also be significantly influenced by Mediterranean sources (Cortesi et al., 2013; Taylor et al., 2018; Schirrmacher et al., 2020; Toney et al., 2020). The high-altitude setting of Serra da Estrela results in temperature being an important driver of moisture condensation and the δD value of precipitation (δDprc) (Carreira et al., 2009; Oliveira and Lima, 2010). This is reflected by a strong relationship between mean values of δ18O and δD vs. temperature of monthly rainfall for Portugal’s mainland (Carreira et al., 2009), which is also observed in other Iberian mountains (Giménez et al., 2021). The combination of the settings mentioned above and climatic and environmental factors makes Serra da Estrela one of the most biodiverse in Europe (Jansen, 2011) and a prime location to investigate the relationship between climate and ecology (Connor et al., 2021).
2.2 Material
A total of seven samples of dominant vegetation (four grass/herbs and three shrubs), three vegetation litters (one grass/herbs and two shrubs), a soil sample collected from the Lake Peixão catchment area (Figure 2), and a lake surface sediment. Modern plant samples were collected in September 2020; each plant sample was composed of several branches or leaves from different plants near the same collecting spot. These samples were wrapped in aluminum foil and sealed in an airtight bag. The vegetation litter samples were collected beneath the respective plant to ensure their source, and the soil sample comprises the top 2 cm of one of the few places in the lake’s catchment where soils were available (Figure 2). Both litter and soil samples were collected directly with precombusted jar glasses. All samples were stored in a cool bag, directly transported to the Portuguese Institute of Sea and Atmosphere (IPMA, Portugal), and stored in a cool room (∼5°C) until analysis. The lake surface sediment sample correspond to the 0 cm–1 cm depth of 8.63 m long core retrieved from the center of the Lake Peixão in June 2019 (PEX19-01) using a UWITEC® Piston Corer. Based on 210Pb measurements, this surface sediment sample comprises 11 ± 4 years [Hernández et al. (2022) in review].
2.3 n-alkane analyses and characterization
All samples were freeze-dried, homogenized, and analyzed in the Biogeochemistry laboratory at IPMA. The vegetation samples were composed of leaves and stems from seven samples. Depending on the vegetation type, wood and stems were removed as much as possible. The samples were cut into small pieces with clean metal scissors. The three samples of the vegetation litter, the soil sample, and the lake surface sediment sample presented minimal clastic material (silt and clays), and no sieving was needed. Before extraction, 1,000 ng of an internal standard solution (hexatriacontane, tetracontane, and nonadecanol-1-ol) was added to approximately 2.5 g of the sample. The lipid compounds were extracted three times using dichloromethane in an ultrasonic bath.
The total lipid extract (TLE) was hydrolyzed with potassium hydroxide in methanol (KOH/MeOH 6%, ∼12 h, at room temperature). The neutral fraction containing n-alkanes was recovered with n-hexane by liquid‒liquid extraction and cleaned with ultrapure water to remove traces of KOH. The n-alkanes were fractionated from the neutral extracts using 5 cm of deactivated silica gel (0.040 μm–0.063 μm mesh) and AgNO3-silica gel Pasteur pipette columns with n-hexane as eluent. The n-alkane extracts were dried and diluted with toluene, and 1 µl was injected into a gas chromatography-flame ionization detector (GC-FID; Varian Model 3,800) equipped with a 1,079 programmable temperature vaporizing injector (PTV) for cold on-column with a CPSIL-5 CB column coated with 100% dimethylsiloxane capillary column (50 m [image: image] 0.32 mm [image: image] 0.12 μm film coating) connected to a fused silica precolumn (5 m [image: image] 0.25 mm [image: image] 0.25 μm). The oven temperature was programmed from 90° (holding time of 1 min) to 170°C at 20°C/min, then to 280°C at 6°C/min (holding time 25 min), and finally, to 315°C at 10°C/min (holding time of 12 min). The injector was programmed from 90°C (holding time of 0.5 min) to 310°C at 200°C/min. Samples were injected (1 μl) in split mode using H2 as the carrier gas (∼2.5 ml/min). The temperature of the detector was constant at 320°C with 35 ml/min of H2 flow, 300 ml/min of airflow, and 30 ml/min of N2 flow. The total run time for each sample was 63.83 min.
The n-alkanes were identified by comparing the retention times to an external standard mixture (n-alkanes ranging from C17-C36). The n-alkane concentrations (ng/g, dry weight sample) were determined based on the internal standard n-hexatriacontane (C36).
Several indices have been developed to characterize the n-alkane distributions of samples (see Li et al., 2020). The most widely used are (a) the average chain length (ACL, Poynter, 1989); (b) the carbon preference index (CPI, Bray and Evans, 1961; Marzi et al., 1993), and (c) the proportion of aquatic plants (Paq, Ficken et al., 2000).
(a) The ACL is used to identify the preferentially produced n-alkane length chains in a sample (Poynter, 1989) based on a weighted average of the n-alkane concentrations from C27 to C33, calculated as:
[image: image]
where Cn is the concentration of a given n-alkane and n is the number of carbons in its chain.
(b) The CPI is the concentration weighted ratio of odd to even n-alkane chain lengths, which is normally used to examine the general source of sedimentary biomarkers and/or degradation processes. It can be calculated as follows:
[image: image]
where Cn is the concentration of a given n-alkane.
(c) The Paq commonly used to evaluate the relative contributions of n-alkanes from aquatic versus terrestrial plants in the lake sediments: Paq=(C23 + C25)/(C23 + C25 + C29 + C31), where C23 and C25 are considered from aquatic-related plant origins, whereas C29 and C31 are from terrestrial plants (Ficken et al., 2000).
CSIA was conducted on the n-alkanes when amounts were allowed by gas chromatography-isotope ratio mass spectrometry (GC-IRMS) at the MARUM Center for Marine Environmental Science, University of Bremen (Germany).
The δ13Cn-alk values were measured with a Thermo Trace GC Ultra coupled to a Finnigan MAT 252 mass spectrometer. The n-alkane extracts were injected in splitless mode before being oxidized to CO2 by a combustion reactor at 1,000°C. The instrument was equipped with an HP-5ms capillary column (30 m [image: image] 0.25 mm [image: image] 0.25 μm film coating); helium was the carrier gas (purity 99.999%) at a constant flow of 1.5 ml/min. The produced CO2 was then injected into the mass spectrometer for analysis. The injector temperature was programmed to be constant at 250°C. The GC temperature was set from 120°C (hold time of 3 min) to 320°C at a heating rate of 5°C/min (hold time of 15 min). The δ13Cn-alk values of the individual compounds were calibrated by injecting pulses of CO2 from an external reference gas that was automatically introduced into IRMS at the beginning and end of each analysis. The δ13C values are reported in ‰ relative to the Vienna Pee Dee Belemnite (VPDB) standard and represent an average of duplicates with a standard deviation less than 0.5‰ whenever n-alkane amounts allowed for multiple runs.
Standard δDn-alk was performed on a Thermo Trace GC equipped with an HP-5ms column (30 m [image: image] 0.25 mm [image: image] 0.10 μm film coating) coupled to a Thermo Fisher MAT 253 (IRMS) via a pyrolysis reactor (operated at 1,420°C). The GC oven program was similar to the conditions used to analyze the carbon isotopic composition. The injection of known isotopic composition standards after every six measurements and the daily determination of the H3+ factor using H2 reference gas were used to control measurement accuracy. The δDn-alk was calibrated against an external H2 reference gas and reported in ‰ Vienna Standard Mean Ocean Water (VSMOW). When n-alkane amounts allowed multiple runs, the samples were run in duplicate, and the reported values represent the mean with a standard deviation less than 3‰.
The apparent fractionation (εapp) between δD of leaf wax n-alkanes (δDn-alk) and precipitation (δDprc) was calculated using the equation described in Sessions et al. (1999): εn-alk/water = 1,000 [(δDn-alk+1,000)/(δDprc+1,000)] −1, in ‰. The δDprc used as a reference for the mean annual precipitation was estimated using the Online Isotopes in Precipitation Calculator (OIPC3.1; Bowen and Revenaugh, 2003) by constraining the central altitude, longitude, and elevation of the lake catchment area. This modeled δDprc value was then compared with the hydrogen isotopic value of nearby spring water.
3 RESULTS
3.1 Distribution and concentration of n-alkanes
The modern vegetation samples exhibit the typical strong odd over even chain length predominance, with a wide range of total n-alkane concentration (sum of concentrations from C17 to C35 n-alkane), varying from 3.4 [image: image] 104 to 1.4 [image: image] 106 ng/g (dry weight) (Table 1). Most of the analyzed plants show a predominance of long-chain n-alkanes (≥C27), particularly C31 and C29 homologs (Figure 3).
TABLE 1 | – n-Alkane concentrations* and indices (ACL27-33, CPI27-33, Paq) of plant leaves and stems and soil and surface sediment samples from the Lake Peixão (Serra da Estrela, Portugal).
[image: Table 1][image: Figure 3]FIGURE 3 | n-alkane distributions and compound-specific isotopic values (C25—C35) of the dominant plants, vegetation litter (L.), soil and surface sediment samples of the Lake Peixão area. The whiskers correspond to 1 SD, where multiple measurements on the respective compound were performed. *Normalization against the total n-alkane concentration of each sample.
Principal component analysis (PCA) of the n-alkanes (concentration and isotopic compositions) performed in PAST4.07 free software (Hammer et al., 2001) (Supplementary Figure S1) suggests that samples can be grouped according to the ecological forms: grasses/herbs and shrubs (see Figure 3). On the other hand, for ACL27-33 (U, p = 0.12) and CPI27-33 (U, p = 0.35) the Mann-Whitney U tests, performed in STATISTICA 7.0, suggests no statistical difference in between the two forms (Supplementary Figure S2). In addition, grasses/herbs and shrubs appear to share a generally positive trend between ACL27-33 and total n-alkane concentration, however under low statistical significance (Figure 4). Nardus sp. and Agrostis sp. presented the highest n-alkane concentrations in this ecological form, preferentially producing C31 and C29, respectively (Table 1). Antinoria sp (aquatic-related grass) exhibits proportional amounts of C25, C31, C33, and C27 homologs (decrescent in this order) (Figure 3). Juncus sp (herb) has the lowest total n-alkane concentration and a maximum at C27. Erica sp. is highlighted as having the highest total n-alkane concentration of among all the studied plants (Table 1). These species preferentially produce C31, twenty times more than the other investigated shrubs. On the other hand, Cytisus sp. is the shrub with the lowest total n-alkane concentration but produces considerably more mid-chains than the other shrubs, particularly the C23 homolog (Figure 3; Table 1).
[image: Figure 4]FIGURE 4 | ACL27-33 vs. total n-alkane concentrations (ng/g, in logarithmic scale) of the two dominant ecological forms of the Lake Peixão catchment. The overall trend is represented by a logarithm regression line in gray. Green triangles represent shrubs; colored circles represent grasses/herbs, aquatic-related plants in blue, and nonaquatic plants in yellowish.
The decrease in n-alkane concentration from vegetation to the respective litter samples was significant, although the dominant homolog is preserved from its vegetation source (Table 1). For example, Juniperus sp. displays a decrease of 68% in the dominant homolog (C33), Nardus sp. a decrease of 96% in C31, while Erica sp. a decrease of 97% in C31. The soil sample exhibits a strong odd over even chain length dominated by long-chain n-alkanes, resulting in ACL27-33 and CPI27-33 values of 30.5 and 11.2, respectively (Table 1). The total concentration of odd C27—C33 chains is 3.8 [image: image] 103 ng/g (dry weight) and accounts for ∼85% of the total n-alkane concentration. The lake surface sediment and soil samples share the same dominance and long-chain n-alkane distribution (Table 1) (C31 > C29 > C33 > C27 > C25 > C35) and similar ACL27-33 (30.3). However, the lake sediments have a considerably larger concentration (thirty times more) of n-alkanes, lower CPI27-33 (7.5), and higher Paq (0.19) than the soil sample (Table 1).
3.2 Compound-specific δ13Cn-alk (odd C25—C33)
The δ13Cn-alk values of the dominant plants of the Lake Peixão catchment area show an overall range of −37 to −29‰ (Supplementary Table S1), with minor differences between homologs but considerable interspecific variability (Figure 3). In general, longer carbon chains show the lowest δ13C values, mainly C29 and C31 homologs (Figure 3). Grasses/herbs display the most negative δ13C values, ranging from −37 to −30‰. From those, Juncus sp. showed the highest values (−35 to −30‰) (Supplementary Table S1). The δ13Cn-alk of shrubs varies from −34 to −29‰. Juniperus sp. and Erica sp. exhibit particularly narrow δ13C ranges, the latter ranging from −32 to −30‰, whereas Cytisus sp. has a broader range (−34 to −29‰) (Supplementary Table S1). The δ13C values of C29 in the two dominant ecological forms in the study area showed clear and opposite linear relationships with ACL27-33 (Figure 5) and CPI (Supplementary Figure S3). The δ13Cn-alk values of vegetation litter vary from −35 to −30‰, generally displaying similar values to their respective vegetation sources (Supplementary Table S1). The lake surface sediment shows similar δ13Cn-alk values among homologs (−33 to −32‰), with the lowest values of C29 and C31 (Figure 3).
[image: Figure 5]FIGURE 5 | ACL27-33 vs. δ13C of C29 n-alkane in modern plants of the Lake Peixão area. Blue names correspond to aquatic-related grasses, and yellowish names correspond to nonaquatic-related grasses/herbs plants.
3.3 Compound-specific δDn-alk (odd C25—C33)
The δDn-alk of the analyzed vegetation shows a wide range of values, from −236 to −119‰, with, grasses displaying lower δDn-alk values than shrubs (Supplementary Table S1). There is a remarkable difference between nonaquatic and aquatic-related grasses/herbs, with the latter showing higher δDn-alk values than their terrestrial counterparts. For example, for C27, the terrestrial grasses Agrostis sp. and Nardus sp. display values of ca. −210‰, while Antinoria sp. and Juncus sp. show values of ca. -180‰ (Figure 3). In addition, Cytisus sp. showed higher and more variable values among homologs (−146 to −119‰) than plants such as Erica sp (−161 to −151‰) (Figure 3). Litter of Nardus sp. exhibits higher δDn-alk values than its source; in C29, this relative increase corresponds to ca. 18%, from −236 to −193‰. This contrasts with shrub litter, which shows lower values than their sources (Figure 3). The δD values of C31 in Erica sp. represent a decrease of 18%, from −155 to −183‰, and in Juniperus sp., a similar decrease from −137 to −157‰ (Figure 3; Supplementary Table S1). The δDn-alk from lake surface sediment displays values ranging from −189 to −161‰, with C25 and C27 homologs showing the highest (similar) values (Figure 3). In contrast, longer chains, particularly C31, displayed the lowest values.
3.4 Apparent hydrogen isotope fractionation
The modern δD of the mean annual precipitation (δDMAP) estimated using OIPC3.1 for the study area is −56 ± 5‰, a value similar to the −53‰ mean value for the wetter months during the main growing season (from March to May) and within the range of the near-annual mean value of −51 ± 2‰ from the Fonte dos Perús spring, which is ca. 1 km of the study area but in the opposite façade of the mountain (Carvalho, 2013).
The specific fractionation factors (εn-alk/MAP) determined for the modern vegetation range from −191 ± 17‰ to −67 ± 6‰ (Table 1) values constrained by a common δDMAP value of the study area; error is given by the standard deviation of measurements in n-alkanes and δDMAP. Therefore, Agrostis sp. and Nardus sp. display mean εapp values (from C25 to C33) of −158 ± 32‰ and −177 ± 35‰, respectively, whereas the aquatic-related counterparts, Antinoria sp. and Juncus sp., show higher values of −138 ± 28‰ and −127 ± 23‰, respectively. C31 was the only compound present in sufficient quantities in all three shrub species for reliable δ13C/δD measurements; thus, using this component as a reference, Erica sp. shows the highest fractionation (εC31/MAP = −105 ± 9‰), while Cytisus sp. the lowest (εC31/MAP = −77 ± 7‰). The surface sediment of the lake also shows an increase in εn-alk/MAP from C29 > C33 > C31, ranging from −129 ± 12‰ to −141 ± 13‰, and C25 and C27 homologs display the lowest εn-alk/MAP, approximately −112 ± 10‰.
4 DISCUSSION
4.1 Leaf wax n-alkane biomarkers of modern plants
The small and well-constrained catchment area of the Lake Peixão presents ideal characteristics for assessing the vegetation cover inputs into lake sediments. The C31 and C29 are the predominant n-alkanes of the modern plants in the vegetation cover. Grasses/herbs and shrubs display similar ACL27-33 and CPI27-33 values (Supplementary Figure S2) that can suggest traits of a common physiological adaptation of this vegetation type, but also that the application of such indicators alone may be questionable to differentiate between the two terrestrial forms. This common physiological response may also be reflected in the suggested positive trend between ACL27-33 and n-alkane concentration (Figure 4); however, the limited dataset appears to constraint the statistical significance of this hypothesis, which will be likely addressed in future studies.
The high amount of n-alkanes produced by Erica sp. suggests that these plants are significant sources of leaf waxes in the study area, particularly the C31 n-alkane. These findings agree with other modern vegetation studies in the IP (Ferreira et al., 2007; Ortiz et al., 2016), where C31 n-alkane is pointed out as a possible indicator of heather inputs (Loidi et al., 2007; Ortiz et al., 2016). Our results also suggest that Juniperus sp. is another important source of long-chain n-alkanes (≥ C33), accounting almost exclusively for the production of C35 in the vegetation cover (Figure 3; Table 1). These observations align with the results obtained for other species of Juniperus sp. in central Spain (Schäfer et al., 2016a), suggesting that these especially long-chains compounds can be used as an ecological proxy and indicators of arid and cold conditions (Thomas et al., 2007; Dasgupta et al., 2022). In Iberian heathlands, the relative increase in grasses/herbs over shrubs can reflect an increase in water availability, as they are often in contact with mires (Loidi et al., 2007). In the study area, the aquatic-related plants are restricted to the grass/herb ecological form, such as Antinoria sp. and Juncus sp., which are relatively abundant in small ponds and streams. The n-alkane analyses of these species suggest C27 and C25 as indicators of aquatic or aquatic-related plants matter and water availability in the lake Peixão ecosystem.
The relatively high contribution of mid-chain compounds of some shrubs, such as Cytisus sp., (Figure 3; Table 1), highlights that caution is needed when applying distributions n-alkane, such as Paq, to infer past aquatic inputs or lake levels in downcore paleoreconstructions (Xie et al., 2020). However, the relative deviation in the n-alkane distribution of Cytisus sp. relative to other shrubs is not reflected in the isotopic space (δ13Cn-alk and δDn-alk) (Figures 3, 6), which encourages the application of CSIA to better assess vegetation sources in lake sediments. In fact, the two ecological forms are well-separated in the isotopic space (Figure 6), where the observed linear proportionality may result from the inferred common physiological response to the shared climatic and environmental conditions of the study area, i.e., precipitation, temperature, humidity, and water source. For example, the lower δDn-alk of grasses/herbs may imply lower transpiration rates and lower water loss than shrubs, but on the other hand, its lower δ13Cn-alk values may also imply that grasses/herbs have less water use efficiency than shrubs (Hou et al., 2007; Gao et al., 2014). While the similar ACL27-33/CPI27-33, along with the proportionally distinct isotopic values, are inferred to be the reason for the opposite trends between the two ecological forms in ACL/CPI vs. δ13Cn-alk (e.g., Figure 5; Supplementary Figure S3).
[image: Figure 6]FIGURE 6 | Isotopic space (δ13C and δD values) of C29 n-alkane in the analyzed samples from the Lake Peixão area. Circles correspond to samples form grass/herb ecological forms, where blue circles relate to aquatic-related plants and yellowish circles relate to nonaquatic-related plants; triangles correspond to samples from shrub ecological forms (L) indicating litter sample from the respective plant. Lake Sed. (black square) corresponds to the surface lake sediment sample.
4.2 The source of Lake Peixão n-alkanes and its implications for paleo-reconstructions
The strong predominance of odd-over-even carbon chain compounds, high ACL27-33, and low Paq values (Table 1) in the surface sediment of Lake Peixão suggests that the n-alkanes were primarily derived from terrestrial plants from the catchment area. Additionally the high CPI27-33 values (> 5) in the lake sediments suggest good preservation of the n-alkane content which gives confidence in the use of leaf waxes record in the lake sediments (Pancost and Boot, 2004).
Our results show that from plants to vegetation litter, and lake surface sediment the isotopic signal is well preserved despite important changes in n-alkane concentrations (Table 1). Moreover, the relative proportion of dominant chains (Figure 3) is also maintained The ACL27-33 and n-alkane distribution of modern soil and the lake surface sediment remain identical even though the latter reflects higher contribution of aquatic or aquatic-related plants (Figure 3; Table 1). On the other hand, the CPI27-33 offset between plants, vegetation litter, and the lake surface sediment reflects the complex plant-to-sediment transfer processes, which involve a series of admixtures of different plant inputs and biodegradation; for instance, by microbes (Zech et al., 2010; Schäfer et al., 2016b; Stout, 2020; Thomas et al., 2021).
The δ13Cn-alk values (ca. −33‰) of lake surface sediment suggest a predominance of C3 plants (Figure 3) and reinforce shrubs as a major source of waxes in the study area (Figure 3; Table 1). The two dominant ecological forms produce significant and relatively equivalent amounts of C29, showing proportional values of carbon and hydrogen fractionation that may result from a consistent physiological response of plants to the same environment and climatic factors. Thus, we expect C29 to provide a more holistic overview of the n-alkane composition of the terrestrial vegetation cover in the Lake Peixão sediments compared with other long-chain compounds, such as C31, that appear to be particularly biased towards species like Erica. This hypothesis supports global compilations that report C29 as a widely produced terrestrial n-alkane strongly and consistently associated with regional mean δDprc (Sachse et al., 2012; Liu and Liu, 2019; McFarlin et al., 2019). Moreover, the modern εC29/MAP value (−129 ± 12‰) of lake surface sediment is remarkably consistent with the global modeled values by Liu and An (2019) and McFarlin et al. (2019) for the latitude of the study area. Therefore, we suggest the δD of C29 as a robust indicator of terrestrial hydrology, i.e., δDterr, in paleostudies in both sediments of Lake Peixão and downstream areas.
The strong relationship between temperature and precipitation is an important paleo-hydrological factor in the study area since plants mostly synthesize their n-alkanes during early growing season or when water is available (Freimuth et al., 2017; Diefendorf et al., 2021), which in the IP occurs during spring-early summer and the during autumn-winter (Pérez Latorre and Cabezudo, 2002; García-Alix et al., 2021). Therefore, the downcore temporal variability in the values of δDterr in the Lake Peixão sediments is expected to mainly reflect bi-seasonal to annual changes in mean air temperature and/or precipitation amount. In the study site, lower temperatures often imply an increase in condensation, resulting in an inherent coupled effect of precipitation amount (amount effect) that may be imprinted in the δDterr. Hence, low (high) δDterr values in downcore reconstructions are expected to reflect a decrease (increase) in temperatures and/or increase (decrease) in precipitation (snow or rainfall).
Moreover, based on the ecology of modern plants and the compositions of different n-alkanes analyzed, we expected the δD values of C25 and C27 in the lake sediments to better reflect changes in lake water sources. The scarcity of true aquatic plants in the study area makes it challenging to confirm this hypothesis. Aquatic plants typically show higher δ13Cn-alk values than their terrestrial counterparts (e.g., Jiménez-Moreno et al., 2013; Hockun et al., 2016; Ortiz et al., 2021), which is not evident in the lake surface sediment nor in the analyzed plants, only Juncus sp. displaying relatively higher δ13Cn-alk than their ecological counterparts (Figure 3; Table 1). The lack of evidence of less δ13C depletion in mid-chains n-alkanes in the lake surface sediment supports terrestrial plant dominance over aquatic plant inputs in modern lake settings. This suggests that caution needs to be taken when using mid-chain n-alkanes without compound-specific δ13C analyses in sedimentary archives to infer past changes in aquatic plant inputs and lake waters (Hockun et al., 2016; McFarlin et al., 2019). Moreover, it also highlights the importance of using δ13Cn-alk over other indicators, such as Paq, to better constrain aquatic inputs in the lake sediments. Beyond that, the distinct values of εapp between modern plants and lake surface sediment underline the importance of constraining the vegetation source when using specific fractionation factors in sediments (Yang et al., 2011).
5 CONCLUSION
Our results show that the oro-Mediterranean vegetation cover of the Lake Peixão area preferentially produces long-chain n-alkanes (≥ C27) that control the n-alkane content in the lake. This vegetation is dominated by C3 grasses/herbs and shrubs, two ecological forms that display similar ACL27-33 and CPI27-33 values but are clearly distinguished by their n-alkane isotopic signatures. Shrubs show proportionally higher δ13Cn-alk and δDn-alk values than grasses/herbs, suggesting a congruent physiological response to the common climatic and environmental conditions. The n-alkane C31 is the predominant leaf wax of the study area, produced by some grasses and shrubs, particularly by Erica sp. (heather), a shrub that is stands out as a major source for the total n-alkane pool. The C29 is the second-most abundant and the more equally produced leaf n-alkane of the two dominant ecological forms. The n-alkanes C33 and C35, although less abundant than other long chains homologs, are also important in the study area since they are particularly associated with cold and drought-tolerant vegetation such as Juniperus sp. Finally, C27 and C25 n-alkanes are mainly linked to aquatic-related grasses/herbs and are inferred to better reflect changes in the water availability of the study area and the isotopic compositions of lake water. However, the aquatic origin of these homologs should be ensured in downcore reconstructions, for instance, performing compound-specific carbon isotopic analysis. The use δD of C29 in the lake sediments (δDterr) is interpreted as a robust terrestrial hydrology indicator. Despite the small number of plant species and different εapp among modern plants, the integrated εapp value of Lake Peixão’s climatic sensor, determined from δDterr (εC29/MAP = −129 ± 12‰), is in line with the projected values of global compilation studies. Overall, this dataset establishes a baseline for interpreting the leaf wax biomarkers in the region and Lake Peixão sediments, which is a valuable archive to reconstruct regional past hydroclimate changes in the region.
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Low-oxygen conditions plague coastlines worldwide. At present, little is known about how the transition from normoxic to low or even no oxygen conditions alters sediment biogeochemical cycling and ultimately ecosystem functioning. Conventional sediment core incubations cannot capture rapid (<hourly) changes in biogenic gas fluxes that may occur due to oxygen depletion. To better constrain the response of sediments to hypoxia, we employed a novel flow-injection system coupled to a membrane inlet mass spectrometer to quantify fluxes oxygen, dinitrogen, and methane across the sediment-water interface from a temperate estuary (Narragansett Bay, Rhode Island, United States). We evaluated how sediments from a site more impacted by nitrogen pollution compare to one less impacted by nitrogen in response to organic matter addition. Our system is able to sample every 10 minutes, allowing us to cycle through triplicate core measurements roughly every 30 minutes to track the response of sediments to increasing hypoxic severity. The high temporal-resolution data revealed dynamic changes in sediment-water gas fluxes, suggesting that reactive nitrogen removal is enhanced under mild hypoxia but dampened under prolonged hypoxia to anoxia. Further we found that organic matter loading enhances both net denitrification and methane emissions. Ultimately, our approach represents a powerful new tool for advancing our knowledge of short-term temporal dynamics in benthic biogeochemical cycling.
Keywords: estuary, hypoxia, nitrogen, methane, greenhouse gas, mass spectrometry
1 INTRODUCTION
In coastal waters worldwide, oxygen levels are declining. Zones of low oxygen overwhelmingly occur near human population centers and developed watersheds that discharge nutrient-laden water into the ocean. These low oxygen conditions are primarily driven by excess nutrient loading and rising temperatures (Breitburg et al., 2018). In particular, elevated nutrient concentrations in coastal waters stimulate the growth of phytoplankton and macroalgae, which in turn promotes microbial respiration and the drawdown of water column oxygen. This enhanced respiration is exacerbated by warming water temperature, which stratifies the water column, decreasing oxygen replenishment from mixing. Rising water temperatures also decreases the solubility of oxygen, lowering water column oxygen concentrations while simulatenously increasing metabolic oxygen demands (Breitburg et al., 2018).
Oxygen availability dictates the survival of marine life and exerts a strong influence on the cycling of nutrients and gases important for both local ecosystem function and global climate. As such, waters that are hypoxic (low in oxygen, Vaquer-Sunyer and Duarte, 2008) or anoxic (devoid of oxygen) can lead to the loss of biomass, biodiversity, and habitat, as well as alter energy and biogeochemical cycling in coastal systems (Diaz et al., 2019). While overlooked in global ocean nutrient budgets (Chua et al., 2022), coastal and continental shelf sediments are key sites of nitrogen and carbon cycling. Low dissolved oxygen in bottom waters can interfere with the ability of sediments to provide key ecosystem services such as reactive nitrogen removal and greenhouse gas regulation.
In general, the magnitudes and mechanisms behind marine sediment nitrogen and carbon cycling are not well constrained (e.g., Rosentreter et al., 2021; Chua et al., 2022), and even less is known about how coastal hypoxia impacts sediment biogeochemical processes. The available work suggests that biogeochemical responses vary widely and depend on the severity and duration of oxygen depletion. For example, previous studies have found that sediment nitrogen removal through denitrification can be enhanced (e.g., Gardner and McCarthy, 2009), diminished (e.g., McCarthy et al., 2015), or remain unchanged (e.g., Foster and Fulweiler, 2019) by hypoxic conditions. Similarly, sediment methane emissions exhibit variable responses to low oxygen (e.g., Damgaard, Revsbech and Reichardt, 1998; Foster and Fulweiler, 2019). Moreover, a recent metaanalysis found that methane emissions from estuaries, mangroves, and salt marshes increase with eutrophication (Rosentreter et al., 2021). It is likely that sediment denitrification and methane production respond dynamically and non-linearly to increasing oxygen depletion, and that factors such as the environmental legacy of the sediment (i.e., whether it is accustomed to received high organic matter loads or not) can influence this response.
Measuring sediment fluxes is challenging for a host of reasons, one of which is that current methods do not allow us to examine fluxes of multiple biogeochemically important gases over time as conditions change. In fact, we often assume and/or wait for steady state conditions. Thus, when we try to determine how sediments respond to low oxygen (or any perturbation) we often treat it as a binary—normal condition versus impacted condition. While useful, this misses critical transition periods and leaves us with an incomplete picture of how sediments respond to the dynamic conditions they experience. Here we had an opportunity to apply a previously described, novel mass spectrometer-based system (Chua et al., 2021) that analyzes dissolved gas content in near real time, enabling us to obtain measurements at a much higher temporal resolution than possible in conventional laboratory incubations. We used this system to assess the influence of oxygen depletion on reactive nitrogen removal and methane emission in coastal sediments by quantifying sediment fluxes of dissolved oxygen (O2), dinitrogen (N2), and methane (CH4) continuously over 24 h in a series of laboratory experiments. We compared differences in emissions of these gas fluxes over time from sediments collected from a more nutrient-enriched and productive site to a less nutrient-impacted site. Additionally, we investigated how sediment fluxes from each site would respond to a pulse of labile organic matter. Using these high-resolution gas concentration data we modeled gas fluxes over time, capturing the response of sediments as they crossed hypoxic and anoxic thresholds. Based on these results and the current literature we then discuss possible explanations for what we observed to stimulate future research.
2 MATERIALS AND METHODS
2.1 Field site description
For these experiments we used sediments from Narragansett Bay, Rhode Island, United States. Narragansett Bay is a small (328 km2), well-mixed, phytoplankton-dominated temperate estuary (Nixon et al., 2008). Narragansett Bay is characterized by a strong north-to-south gradient in anthropogenic pollutants as most of the wastewater and land drainage enters at the head of the bay. Low-oxygen conditions occur intermittently in upper Narragansett Bay, especially in Providence River Estuary bottom waters (Bergondo et al., 2005; Codiga et al., 2009). The bay has a mean low water depth of 8.6 m and a mean residence time of 26 days (Pilson, 1985; Nixon et al., 1995). The majority of the sediments are clayey silt and sand-silt-clay (McMaster, 1960).
We collected intact, subtidal sediment cores from Narragansett Bay for laboratory measurements from two sites: one in the Providence River Estuary (PRE) and one in mid-Narragansett Bay (MNB). PRE is an urban estuary where 60%–70% of the total sewage load that enters Narragansett Bay was directly discharged to this estuary. Because of this major anthropogenic perturbation, a variety of environmental factors such as chlorophyll and nutrient concentrations (Oviatt et al., 2002) are highest here and decrease down the bay. Additionally low oxygen conditions are more frequent in PRE compared to MNB (Codiga et al., 2009). PRE and MNB have similar sediment characteristics (∼75% silt/coarse silt) but C:N is more variable (Fulweiler and Nixon 2012). Six intact cores were collected by divers from MNB on 9 November 2021, and another six cores were collected using a pull corer off the side of a boat from PRE on 19 November 2021. The cores were collected in clear PVC tubes measuring 10 cm (inner diameter) and 30 cm (height). Following collection, cores were loosely capped and placed upright in a cooler. Bottom water was also collected from each site and immediately filtered (0.2 micron) to remove water column biota, as our subsequent measurements were focused on processes occurring at the sediment-water interface. On both dates, the cores and filtered site water were immediately transported from the field to the laboratory (within 6 h), where they were kept in the dark at room temperature (∼20oC).
2.2 Benthic flux incubations
Following both field sampling events, we conducted 24-h incubations on the collected cores in the laboratory to measure fluxes of dissolved gases across the sediment-water interface. For each site, we conducted an “amended” incubation, in which labile organic matter was added to the cores (n = 3), and a “control” incubation, in which the cores (n = 3) were left unamended. Cores were stored uncapped in a cooler with the overlying water gently bubbled with air at least overnight to equilibrate to laboratory conditions (e.g., Hopkinson, Giblin and Tucker, 2001; Fulweiler et al., 2007). The carboy of site water was also gently bubbled with air.
During the incubations, we employed a newly developed flow-injection mass spectrometer system (Chua et al., 2021) to make measurements of dissolved gases directly in the overlying water of the cores in near-real time and at high temporal resolution. While we originally developed this instrument to measure porewater dissolved gases in highly permeable sandy sediments, it can also be used to make measurements in the overlying water of sediment with no modification. The instrument has been described elsewhere in detail (Chua et al., 2021). In brief, it comprises a flow-injection system that collects water samples, and a commercially available mass spectrometer (Transpector MPH, Inficon) that analyzes the dissolved gas content of the collected samples in real-time. The instrument measures sample dissolved gas concentrations relative to some known reference, e.g., air-equilibrated deionized water. While it can measure a suite of dissolved gases simultaneously, here we were interested in capturing net changes in dissolved oxygen (O2), methane (CH4), and dinitrogen gas (N2). Quantifying net fluxes of these gases across the sediment-water interface provides insights into key benthic biogeochemical processes: O2 provides a measure of photosynthesis and respiration, net N2 production indicates denitrification (i.e., the N2/Ar technique gives a net measurement of denitrification minus nitrogen fixation), and CH4 production suggests methanogenesis.
At the start of an incubation, the overlying water of each core was carefully siphoned off, leaving the surface sediment undisturbed (Fulweiler et al., 2007). For the amended incubations, 1 g of commercial spray-dried marine phytoplankton with a C:N ratio of 8.0 (PhytoPlan, Two Little Fishies, Inc.) was added to each core (Fulweiler et al., 2007). The cores were then slowly refilled with water from the carboy of site water to ensure the same initial conditions for the overlying water. The cores were sealed with air-tight caps, taking care to avoid introducing bubbles. The caps had an outlet port with tubing leading to the automated flow-injection sampling system, and an inlet port connected to an elevated reservoir of site water open to air. As the flow-injection system extracted discrete samples of overlying water (∼1.5 ml volume), the water was replenished by the gravity feed. The overlying water was gently mixed (∼45 rpm) with magnetic stirrer bars to prevent concentration gradients from forming (Foster and Fulweiler, 2019). Air-equilibrated deionized water, contained in the same cooler as the cores, was used as the reference. Reference water temperature was monitored continuously (1 s resolution) with a FireSting probe (Ohio Lumex). Flow-injection measurements were automated with a custom MATLAB routine (Chua et al., 2021) that produced a time-stamped sampling log upon termination. Each of the three replicate cores was sampled every 10 min, resulting in timeseries data for each core at half-hour resolution. Incubations were left to run for 24 h in the dark and monitored intermittently (e.g., to measure flow rate to the mass spectrometer).
Following the control and amended incubations for each site, calibrations for O2 and CH4 were conducted using the water collected from that site. Calibration conditions were kept as similar as possible to incubation conditions—i.e., the calibrations were conducted at room temperature and using the same flow-injection timing and mass spectrometer parameters as during the incubations. Calibration standards were created by bubbling site water with dry gas mixtures containing known mole fractions of O2 and CH4. For each gas, five calibration standards spanning the expected concentration range for that gas were created. The corresponding dissolved gas concentrations for each calibration standard were calculated using solubility equations for O2 (Garcia and Gordon, 1992) and CH4 (Wiesenburg and Guinasso, 1979). Each calibration standard was sampled by flow injection (three replicate measurements per standard), and the impulse inputs were integrated to relate peak areas to concentration differentials. Linear regressions fit to the calibration data were used to relate flow-injection mass spectrometer measurements to gas concentrations in the subsequent data analysis. For N2, we used a modified N2/Ar method that did not require calibration (see below).
2.3 Flow injection-mass spectrometer data analysis
The data from the flow-injection mass spectrometer system were processed using custom scripts written in MATLAB. We used the peak area (as opposed to peak height) to characterize peak size, as this metric is less sensitive to factors such as sample dispersion (O’Haver, 2020).
The data processing for O2 and CH4 proceeded as follows. First, the log from the automated MATLAB sampling routine was used to locate the start and stop indices and baseline signals for each peak in the mass spectrometer data. Next, the peaks were baseline-corrected and integrated to obtain peak areas (units: Coulombs). Then, the flow-injection calibration curves were applied to the raw peak area data to obtain gas concentration differentials from the reference water (units: μmol L−1). Reference water gas concentrations as a function of time were calculated with gas-specific solubility equations (O2: Garcia and Gordon, 1992; CH4: Wiesenburg and Guinasso, 1979), using the measured salinity and the FireSting temperature timeseries data. Absolute gas concentrations C) were then computed by adding the concentration differential (∆C) to the reference water concentration (CRef):
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For N2, we modified the N2/Ar technique for conventional membrane inlet mass spectrometry data (Kana et al., 1994) for our flow-injection data. Argon is an inert gas that is not influenced by biological processes; changes in its concentration are therefore diagnostic of changing physical conditions. Because N2 typically has a low flux compared to its background concentration, normalizing the N2 signal to the Ar signal permits measurements with higher precision. Analysis of the N2/Ar ratio data is similar as for the other gases, except that after integrating the peaks (units: seconds), the peak areas are divided by the integration time period. This quantity is then multiplied by the Ar concentration, which is assumed to be at equilibrium at the measured temperature and salinity of the sample water, to obtain ∆N2 (μmol L−1).
2.4 Flux modeling
We used the concentration timeseries data to estimate continuous fluxes of the gases over the 24-h incubation period. This flux modelling was conducted in MATLAB. To better reveal overall trends in the timeseries, we first smoothed the raw concentration data using the smoothn function (Garcia, 2010, 2011) which automatically determines the smoothing parameter by minimizing the generalized cross-validation score, with the “robust” option specified. Next, we fit curves to the smoothed concentration data using the built-in fit function, with smoothing splines as the model type. We selected a smoothing parameter of one so that the curves fit through all of the smoothed data. The fitted curves were then differentiated at 0.01 h intervals to estimate rates of change as a function of time [C′(t); μmol L−1 h−1] over the 24-h incubation period, starting at hour two. To convert to fluxes (J(t); μmol m−2 h−1), the first derivatives were multiplied by the height of the overlying water (hOLW; m) for the respective core and a volume conversion factor of 103 (from L to m3):
[image: image]
Positive fluxes indicate net production of the gas by the sediment (i.e., an efflux from the sediment into the water column), while negative fluxes indicate net sediment consumption (i.e., an influx into the sediment).
In order to put our results into context with the literature, we took our fitted concentration curves and calculated average fluxes for three oxygen “regimes”. We defined the “normoxic” regime as measurements made above the hypoxic threshold (O2 > 94 μM; Vaquer-Sunyer and Duarte, 2008), the “hypoxic” regime between the hypoxic and anoxic thresholds (0 < O2 < 94 μM), and the “anoxic” regime below the anoxic threshold (O2 = 0 μM). Hypoxia is often operationally defined as water with an oxygen concentration at or below 63 μM, based on when fisheries collapse (Renaud et al., 1986). We chose a marginally higher oxygen concentration because other studies demonstrate that a variety of organisms experience hypoxia at higher oxygen levels (Vaquer-Sunyer and Duarte, 2008). The averaged fluxes for each gas were estimated from the difference in fitted concentrations between the beginning and end of each oxygen regime.
3 RESULTS AND DISCUSSION
3.1 Concentration and flux timeseries
The high-resolution gas concentration measurements (Figures 1, 2) enabled calculation of continuous fluxes of O2, N2, and CH4 over the 24-h experiments, which in turn revealed complex, dynamic changes (Figure 2; Tables 1, 2).
[image: Figure 1]FIGURE 1 | Calibrated concentration timeseries data for ΔN2 (in red) compared to O2 (blue), as measured by the flow-injection mass spectrometer system during the 24-h incubations for the four site and treatment combinations: (A) Providence River Estuary—Control treatment, (B) Providence River Estuary—Amended treatment, (C) Mid-Narragansett Bay—Control treatment, and (D) Mid-Narragansett Bay—Amended treatment. ΔN2 represents the difference in concentration from the reference and was calculated from the modified N2/Ar technique (described in the main text).
[image: Figure 2]FIGURE 2 | Calibrated concentration timeseries data for CH4 (in red) compared to O2 (blue), as measured by the flow-injection mass spectrometer system during the 24-h incubations for the four site and treatment combinations: (A) Providence River Estuary—Control treatment, (B) Providence River Estuary—Amended treatment, (C) Mid-Narragansett Bay—Control treatment, and (D) Mid-Narragansett Bay—Amended treatment.
TABLE 1 | Comparison of benthic gas fluxes for each site and treatment during normoxic, hypoxic (≤94 μM), and anoxic conditions. Values represent the mean ± standard error of the fluxes measured for the up to three replicate cores in each incubation. For the timeseries fluxes, the initial flux is that measured 1 h into the incubation, the final flux is that measured at the end of the incubation, and the maximum flux is the maximum influx (O2) or efflux (N2 and CH4) attained during the incubation. The regime-averaged fluxes were calculated from the difference in fitted concentrations between the beginning and end of each oxygen regime. If no standard error is reported then only one core reached hypoxia. If no value is reported then none of the cores reached anoxia.
[image: Table 1]TABLE 2 | Times at which each incubation reached the hypoxic (≤94 μM) and anoxic thresholds. Values represent the mean ± standard error of up to three replicate cores.
[image: Table 2]While aerobic respiration led to declines in O2 in all cores, there were large variations in whether and when a core reached hypoxia or anoxia, even within a given site and treatment (Figures 1, 2; Table 2). All three control cores from MNB reached hypoxia, after 15.6 ± 1.2 h, while only one PRE control core went hypoxic, after 19.3 h. As expected, our addition of organic matter to cores in the amended treatment intensified aerobic respiration, resulting in a rapid O2 depletion to anoxia in sediments from both sites (2Figures 1B, D and Figures 2B, D). Amended cores from the less impacted site (MNB) reached the hypoxic and anoxic timepoints on average 1.7 and 2.4 h faster respectively than those from the more impacted site (PRE). For the control cores, the O2 consumption rate reached maximal values of −1,541 ± 133 μmol m−2 h−1 (MNB) and −1,733 ± 228 μmol m−2 h−1 (PRE). For the amended cores, the O2 consumption rate peaked at −6,653 ± 74 μmol m−2 h−1 at 5.9 ± 0.2 h into the incubation for MNB, and −8,689 ± 694 μmol m−2 h−1 at 9.5 ± 0.2 h for PRE (Figure 3).
[image: Figure 3]FIGURE 3 | Variation of fluxes of (A) oxygen (O2), (B) dinitrogen (N2), and (C) methane (CH4) from sediments incubated over 24 h. Sediments were collected either from a more nutrient-enriched and productive site (Providence River Estuary, PRE) or a less productive site (Mid-Narragansett Bay, MNB) and incubated under ambient conditions (control) or treated with an initial pulse of organic matter (amended). Curve shading around the continuous fluxes represents the standard error (for up to three cores). The vertical bars highlight the times at which hypoxia or anoxia was reached for the cores in each treatment. While each treatment included three cores, not all cores in each treatment reached hypoxia or anoxia so we include the number of cores (n) represented by each vertical line. The thickness of the vertical bars corresponds to the range in time for when the cores reached hypoxia or anoxia. Here we define hypoxia as water column dissolved oxygen of ≤94 μM and anoxia as 0 μM.
N2 production was measured in all sites and treatments, indicating that net denitrification occurred throughout the incubation period (Figure 3B). The general trend of the N2 fluxes for MNB control and both amended treatments was similar: all initially showed an increase in N2 flux, which continued until the onset of hypoxia (for MNB control) or anoxia (for the amended treatments), at which point the N2 efflux started to decline. However, between both sites and treatments, there were differences in the magnitudes of N2 fluxes and the timing of maximum efflux. The MNB control cores had low initial N2 flux of 1.7 ± 0.2 μmol m−2 h−1 which increased to a maximum of 16.0 ± 1.1 μmol m−2 h−1, then declined again to 1.0 ± 0.1 μmol m−2 h−1. These rates are on par with those measured previously at this site (Fulweiler and Heiss 2014). The PRE control core N2 efflux started at 1.9 ± 1.3 μmol m−2 h−1, increased to 8.7 ± 3.6 μmol m−2 h−1, then returned to 0.4 ± 0.2 μmol m−2 h−1. Overall, the control cores from MNB displayed elevated N2 fluxes compared to those from PRE. In contrast, the amended cores from PRE showed more rapid and higher N2 production than those from MNB. For MNB amended, N2 fluxes reached 28.8 ± 0.6 μmol m−2 h−1 after 7.7 ± 0.6 h, and the PRE amended cores attained an even higher level of 45.5 ± 0.8 μmol m−2 h−1 after 10.5 ± 0.5 h. These amended rates represent a 180% and 523% increase over the maximum N2 fluxes in the control treatment for MNB and PRE, respectively.
CH4 fluxes exhibited dramatic responses to organic matter loading (Figure 3C). Under the initially oxic conditions, the MNB cores in both treatments had negative fluxes (at hour one: 0.112 ± 0.119 μmol m−2 h−1 (control) and −0.105 ± 0.054 μmol m−2 h−1 (amended)), indicating methane consumption within the core. After the onset of hypoxia approximately 6 hours into the incubation, the amended cores switched to a net CH4 efflux. At around the same time for the control cores, the CH4 consumption ceased and the CH4 flux remained near zero for the duration of the incubation. In contrast, the PRE control cores started out with zero CH4 fluxes, then increased to a fairly constant level (maximum flux: 0.209 ± 0.062 μmol m−2 h−1). PRE amended cores emitted CH4 even under oxic conditions, and CH4 production ramped up around the time at which the anoxic threshold was crossed (10.5 ± 0.5 h), reaching a maximum of 1.525 ± 0.626 μmol m−2 h−1 before rapidly decreasing in magnitude to 0.312 ± 0.183 μmol m−2 h−1 at the end of the incubation.
Our observation of faster O2 depletion in MNB sediments compared to PRE is perhaps surprising. One possible explanation could be due to legacy effects from varying organic matter loads. Since the 1800s, PRE has been intensively fertilized with nitrogen from anthropogenic sources, primarily wastewater (Nixon et al., 2008). Management efforts to reduce nitrogen inputs only began in 2006, and while N loads have since decreased to the lowest ever measured in Narragansett Bay, the system is still contending with a long history of human impacts (Oczkowski et al., 2018). We hypothesize that the sediment microbial community in PRE has adapted to process high loads of organic matter more efficiently than in MNB. Traditionally, the assumption has been that dissolved O2 must be depleted before facultative anaerobes (organisms that can switch between aerobic and anaerobic respiration) will begin to use alternative electron acceptors such as nitrate (NO3−). However, recent work in permeable sediments, which are supplied with organic- and oxygen-rich overlying water via advective flows, has found that denitrification can occur under oxic conditions (Rao et al., 2008; Marchant et al., 2017)—in other words, denitrifiers can co-respire O2 and NO3− in order to capitalize on changing supplies of electron acceptors. By extension we propose that at PRE, denitrifiers may have adapted by adjusting their respiratory strategies and using O2 and NO3− concurrently to process high loads of organic matter. This may explain the slower O2 depletion and faster N2 production that we observed in PRE sediments. Because MNB is located farther down bay, it receives less of the brunt of nutrients; moreover, organic matter must sink through a deeper water column before reaching the sediments (Fulweiler and Nixon, 2012). Since MNB sediments are typically more starved in organic carbon and nitrogen, a sudden pulse of labile organic matter may fuel high rates of aerobic respiration, inducing the observed faster oxygen depletion.
We hypothesize that the variations in N2 effluxes over time can be explained by a competition between aerobic and anaerobic processes whose predominance is influenced by dissolved oxygen levels. Under normoxic and even hypoxic conditions, nitrification can occur, supplying the nitrate required for dentrification. We propose that in the amended treatments, the pulse of labile organic matter was degraded by aerobic bacterial respiration, providing another source of reactive nitrogen to fuel high rates of coupled nitrification-denitrification. As oxygen depletion increased in severity, however, nitrification would have ceased, any remaining nitrate would have be consumed and thus denitrification would decline. It is also important to remember that here we measured a net flux of N2 across the sediment-water interface. Thus it is possible that sediment nitrogen fixation could have increased, which would show up first as a decline in N2 production. Sediment nitrogen fixation has been measured at both sites previously (Fulweiler and Heiss 2014). Additionally, the pulse of organic matter could have stimulated dissimilatory nitrate reduction to ammonium (DNRA), which may begin to outcompete denitrification for the remaining nitrate (An et al., 2001; Gardner and McCarthy, 2009). Of course, none of these is mutually exclusive and thus it is possible that any or a combination of these processes were occurring. Future work capturing the microbial composition and activity or using isotopic labels would help untangle these processes.
At PRE, both the control and amended cores exhibit CH4 efflux, while at MNB we observed a small uptake of CH4 in the control core at the beginning of the incubation, and small effluxes in the amended cores (similar to the efflux in the PRE control cores). Because we measured a net flux of CH4 across the sediment water interface, we cannot know what mechanism are driving these results. CH4 fluxes are ultimately controlled by methane-producing processes (i.e., methanogenesis) and methane-consuming processes (i.e., methanotrophy). While it has traditionally been assumed that coastal sediments will not produce CH4 because sulfate is abundant and sulfate reducers will outcompete methanogens for organic matter, a variety of newer studies have highlighted that this might not be the case. For example, methylotrophic methanogenesis can readily occur, especially in organic-rich muddy sediments (Schorn et al., 2022). When oxygen is present either at the sediment-water interface or within the overlying water then it is likely that aerobic methane oxidation is occurring (Fenchel et al., 1995). However, when the overlying water becomes anoxic then other methane consuming processes are likely dominating such anaerobic oxidation of methane (AOM). AOM can occur via different electron acceptors, such as nitrate and nitrite (AOM coupled to NOx− reduction), sulfate (AOM coupled to sulfate reduction), and metals.
There is an unusual pattern in CH4 efflux in the PRE cores and the MNB amended core—methane appears to decrease towards the end of the 24-h incubation. This is unexpected because we would assume that the low to no oxygen conditions in the cores would stimulate CH4 production. We do not know why this decrease occurred. But we note that we see a similar decline in N2 production and in sediment oxygen uptake. We propose that this decline could indicate the labile organic matter was rapidly consumed leaving more recalcitrant material behind, thus slowing the overall pace of benthic metabolism (Henrichs and Reeburgh, 1987).
3.2 Influence of oxygen on gas fluxes
Because O2 concentration is easier to measure than N2 or CH4 concentrations, and O2 data is more prevalent We examined the ability of O2 concentrations as a function of N2 and CH4 fluxes. This is helpful to show any relationships between O2 and other gas fluxes as. If strong relationships existed, they could help inform benthic models. Accordingly, we plotted the flux data pooled for the cores in each site and treatment combination against the respective oxygen concentrations until the onset of anoxia (Figure 4). This analysis revealed that changing O2 conditions induce different behaviors for the control vs. amended cores. In the control treatment, N2 effluxes were low to zero at normoxic and anoxic conditions, and attained maxima at an O2 concentration of ∼200 μM for PRE (Figure 4A) and ∼120 μM for MNB (Figure 4C). For the amended treatment, the N2 effluxes were low under oxic conditions, then displayed an increase to a high, constant level upon crossing the hypoxic threshold for both sites Figures 4B, D). These data suggest that organic matter and or nitrate may be limiting denitrification at these sites and may hint at the reason why studies on the impact of low oxygen events on sediment denitrification report such variable results. For example, some studies report an increase in denitrification under hypoxia (Neubacher et al., 2011; Caffrey et al., 2019; Huang and An, 2022) while others found a decrease in denitrification (Song et al., 2021), and others no change at all (Foster and Fulweiler 2019). One potential reason for this variation could be the availability of organic matter during the hypoxic episodes. For example, in the unamended sediment cores here we see low rates of dentification that rapidly decline under hypoxia (Figures 3A, C). Conversely, when fresh, labile organic matter was present denitrification increases as oxygen levels decline (Figures 3B, D). This organic matter could fuel the heterotrophic process of denitrification directly. Additionally, aerobic organic matter decomposition could release ammonium that is subsequently nitrified thus stimulating coupled nitrification-denitrification. A recent paper found that their observed increase in sediment denitrification under hypoxia was driven by enhanced nitrification that was not inhibited by weak hypoxia (Huang and An 2022).
[image: Figure 4]FIGURE 4 | Dinitrogen (N2; A–D) and methane (CH4; E–H) fluxes as a function of oxygen concentration. Data from triplicate cores in each site and organic matter treatment are pooled. Vertical dashed lines denote the defined hypoxic threshold used in this study (≤94 μM). Here we do not show any fluxes that occurred once the cores went anoxic (Supplementary Figure S1 has all the fluxes).
We observed a similar pattern for CH4, where methane fluxes were low regardless of oxygen concentrations in the control cores (Figures 4E, G). Yet in the amended cores methane flux significantly increased at low oxygen conditions (Figures 4F, H). In fact, water column oxygen concentration was able to predict more than 50%–60% of the variability in CH4 fluxes in the amended cores. The increase in organic matter appears to be a mechanism for decreasing the filters (i.e., aerobic and anerobic oxidation of methane) that usually keep methane fluxes low in estuaries (Myllykangas et al., 2020).
Together these data have important implications for how we understand how hypoxia and anoxia will alter nitrogen removal and greenhouse gas emissions. For example, if the low oxygen event is driven by phytoplankton bloom senescence, then that pulse of organic matter might stimulate denitrification and methane emissions. In contrast, if the low oxygen event is the product of warming induced water column stratification, then we might expect a decrease in dentification and methane emissions. Unfortunately, in this study we do not have additional data (e.g., nutrient fluxes, microbial community activity) that can help us elucidate these mechanisms—But the patterns are interesting and provide strong motivation for future research.
4 CONCLUSION
As coastal hypoxia increases in intensity and duration globally, there will be profound impacts on benthic biogeochemical cycling. These may include changes to microbial processes occurring in the sediment, and in the magnitude and direction of sediment-water nutrient fluxes (e.g., Jilbert et al., 2011; Pratihary et al., 2014; Foster and Fulweiler, 2019). At present, there is insufficient evidence to conclude whether hypoxia hinders the ability of sediments to provide important ecosystem services, such as nutrient recycling, carbon sequestration, and greenhouse gas emission regulation (Middelburg and Levin, 2009). Here, we have demonstrated that benthic fluxes of N2 and CH4 respond rapidly and in complex ways to oxygen depletion. These responses vary depending on the organic matter availability (i.e., whether the sediments are provided with a source of labile organic matter or not) and legacy (i.e., whether the sediments were collected from a more or less productive site). Our results suggest that reactive nitrogen removal may initially be enhanced under short-term hypoxia but that this effect is temporary and diminishes under prolonged hypoxia to anoxia, and that organic matter loading enhances methane effluxes from sediments, especially as oxygen depletion increases in severity.
Our use of a novel flow-injection mass spectrometer system for gas concentration measurements during the laboratory incubations enabled us to capture transient changes as the sediments crossed various oxygen thresholds. While we cannot quantify the individual processes responsible for the observed biogeochemical responses from net gas flux measurements alone, our data do reflect the changing overall balance in the competition between aerobic and anaerobic processes across a spectrum of dissolved oxygen levels. Given our findings that gas fluxes can change depending on whether the sediment is experiencing normoxic, hypoxic, or anoxic conditions, our results highlight the nuances not represented by one flux number across oxygen regimes, as typically reported. Application of our method in future benthic flux incubation studies has considerable potential to improve our understanding of how key sediment biogeochemical processes respond to oxygen depletion.
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Background and chronic pollution by organic pollutants (OPs) is a widespread threat in the oceans with still uncharacterized effects on marine ecosystems and the modulation of major biogeochemical cycles. The ecological impact and toxicity of this anthropogenic dissolved organic carbon (ADOC) is not related to the presence of a single compound but to the co-occurrence of a myriad of synthetic chemicals with largely unknown effects on heterotrophic microbial communities. We have analyzed the metabolic capacity of metagenome-assembled genomes (MAGs) of natural oceanic communities from the north Pacific (Costa Rica dome) and Atlantic oceans challenged with environmentally relevant levels of ADOC. In the Atlantic, ADOC-exposed MAGs responded transcriptionally more strongly compared to controls than in the Pacific, possibly mirroring the higher relevance of ADOC compounds as carbon source in oligotrophic environments. The largest proportions of transcripts originated from MAGs belonging in the families Rhodobacteraceae and Flavobacteriaceae, known to play a role on consumption of several OPs. In the Atlantic, archaeal Poseidoniales showed the highest transcription levels after 2 h of ADOC exposure, although no increase of relative abundances in the DNA pool was recorded after 24 h, whereas Methylophaga showed the opposite pattern. Both taxa are suggested to be actively involved in the consumption of biogenic alkanes produced by cyanobacteria. We observed similar gene expression profiles of alkane degradation and methylotrophy signature genes. These findings, plus the chemical degradation of alkanes measured in the experiments, provides experimental evidence of the consumption of anthropogenic hydrocarbons and synthetic chemicals at the low concentrations found in the ocean, and modulation of microbiomes by ADOC.
Keywords: organic pollutants, surface seawater, anthropogenic organic matter, alkane biodegradation, polycyclic aromatic hydrocarbon degradation, Poseidonales, Methylophaga
1 INTRODUCTION
Anthropogenic dissolved organic carbon (ADOC) is among the most under-studied anthropogenic perturbation in the environment under the current scenario of global change (Vila-Costa et al., 2020), specifically in terms of its influence on the major biogeochemical cycles, and thus the functioning of the Earth system. ADOC is composed by the mixture of the thousands of synthetic organic compounds used by humans, as well as hydrocarbons from incomplete combustion of fossil fuels, released to the environment. This pool of organic carbon includes flame retardants, pesticides and herbicides, plasticizers and other leachates from plastics, hydrocarbons, surface active substances, among other chemicals used in a myriad of industrial, agricultural and domestic applications. Currently, there are 300,000 synthetic chemicals in use (Wang et al., 2020) with an unquantified release to the marine environment. Even though the absolute concentrations of ADOC may account for a small percentage of the overall dissolved organic carbon (DOC), this pool is important due to their persistence, which allow them to distribute in the global oceans, and eventually inducing an effect on cells due to their accumulation in lipids at concentrations many orders of magnitude above the seawater levels (Lohmann et al., 2007; Vila-Costa et al., 2020). Nevertheless, some components of ADOC, such as hydrocarbons or organophosphate esters are degraded in the environment, and thus used as a source of C and P (González-Gaya et al., 2019; Vila-Costa et al., 2019). The subtle influence of ADOC modulating the major biogeochemical cycles remains uncharacterized, even though it is presumably increasing in pace with social and economic development, as more and more synthetic chemicals are used by the contemporary society.
Organic pollutants contributing to ADOC are ubiquitous in the ocean, including the remote regions of the Pacific, Indian, Southern and Atlantic oceans (Galbán-malagón, 2012; González-Gaya et al., 2014; González-Gaya et al., 2016; Casal et al., 2019; Muir and Miaz 2021). Many of the organic pollutants reaching the ocean are semivolatile, such as polycyclic aromatic hydrocarbons (PAHs), alkanes, organophosphate esters, organochlorine compounds, etc. These chemicals reach the ocean through atmospheric transport and subsequent deposition. However, some chemicals such as perfluoroalkyl substances are prone to oceanic transport due to their low volatility and high solubility in water (Muir and Miaz 2021). The transport mechanism, as well the biogeochemistry of the pollutant once in the water column, determines their spatial and vertical distribution. The oceanic sinks of ADOC are accounted mainly by the biological pump and degradation (Galbán-malagón, 2012; González-Gaya et al., 2019). In coastal waters, strong gradients and high concentrations of pollutants can be found locally. On the contrary, low variability of pollutant levels is found in the large open oceanic regions as atmospheric transport can re-distribute pollutants over large regions and to the low lability of these chemicals. Indeed, highly labile pollutants do not reach open sea waters as they are degraded during their transport from land. Nevertheless, there are some global trends, such as generally lower concentrations in the open Pacific than the Atlantic, or higher concentrations in the northern hemisphere than the southern hemisphere (González-Gaya et al., 2016; Muir and Miaz 2021; Xie et al., 2022). Importantly, some alkanes with lower carbon number can have biogenic sources, especially from cyanobacteria (Dachs et al., 1998; Love et al., 2021). A cryptic but ubiquitous and fast consumption cycle for these biogenic alkanes has been suggested (Love et al., 2021). Whether or not the same genetic machinery is used for the degradation of both biogenic and anthropogenic alkanes, remains unknown.
Even though there are several previous studies assessing the influence of given individual or families of organic pollutants on phytoplankton and bacteria (Echeveste et al., 2016; Cerro-Galvez et al., 2019; Martinez-Varela et al., 2021), very few of these works have addressed the influence of the overall ADOC on microbiomes. For phytoplankton, it has been shown that ADOC concentrations slightly above the background oceanic levels induce a decrease of the abundance of Prochlorococcus and Synechococcus, their viability, as well as that the expression of genes related to carbon fixation, such as Rubisco (Echeveste et al., 2016; Fernández Pinos et al., 2017). In these works, in order to simulate the influence of ADOC, microbial communities were exposed to extracts of seawater, following the standard procedures usually used for the analysis of a wide range of organic pollutants, which concentrates the hydrophobic and non-ionic fraction of DOC. Similar effects of mixtures of organic pollutants on cyanobacteria have been described for leachates from microplastics (Tetu et al., 2020). The influence of ADOC on heterotrophic prokaryotes (Bacteria and Archaea) have received much less attention. Recent works suggested a range of subtle effects of low concentrations of ADOC on Arctic, Antarctic and Mediterranean Bacteria (Cerro-Gálvez et al., 2019, 2020). In these works, metagenomic and metatranscriptomic approaches allowed to identify cellular to small variations in exposure ADOC concentrations. High-throughput sequencing is a useful tool to access the genomic repository of the uncultured Bacteria and Archaea that account for most species in the oceans, and how it respond to environmental stressors. The current exponential number of works reconstructing high-quality metagenome-assembled genomes (MAGs) from oceanic microbiomes is expanding the knowledge on microbial metabolisms, enzymatic capabilities and habitat distributions (e.g., Tully et al., 2018), including MAGs retrieved from sites influenced by oil spilled accidents (Karthikeyan et al., 2021). However, no attempts have been made to reconstruct MAGs in manipulated experiments to analyze responses to specific conditions, for instance, to exposure of background concentrations of pollutants.
The objectives of this work were 1) to explore the subtle effects of small variations in concentrations of ADOC (less than a factor of 2) by exposing microbial communities to extracts of hydrophobic compounds in seawater 2) prove the utility of assessing metagenome assembled genomes (MAGs) resolved from exposure experiments as indicators of subtle effects of ADOC on microbiomes, 3) to provide evidences on the interactions between ADOC, trophic status and microbiomes for some sectors of the North Pacific and Atlantic oceans.
2 MATERIALS AND METHODS
2.1 Exposure experiments
The experiments were done during the Malaspina circumnavigation cruise in 2011. Four experiments were performed, two in the North Pacific, on the Costa Rica dome off-shore central America. The other two experiments were performed in the North Atlantic (Figure 1, Supplementary Table S1). Experiments consisted in spiking 1 L of seawater from the deep chlorophyll maximum (DCM) with a mixture of hydrophobic organic pollutants obtained by concentrating the hydrophobic DOC on a XAD-2 column. Control experiments using the same seawater, but with no addition of organic pollutants, were carried out in parallel to the treatments. Details of the preparation of these complex mixtures are given elsewhere (Fernández-Pinos et al., 2017). This mixture contained 50.9 ng/L of PAHs, 137 pg/L of polychlorinated biphenyls (PCBs), 8 pg/L of hexachlorobenzene, and 3.2 pg/L of hexachlorocyclohexanes. In addition to these chemicals, the mixture also contained other pollutants such as n-alkanes and chlorinated-alkanes, that were at tens of ng/L, and polybrominated diphenyl ethers (PBDEs), polychlorinated dibenzo-p-dioxins and dibenzofurans, dechlorane plus, chlorinated naphthalene at concentrations between 1 and 50 pg/L, as well the unresolved complex mixture of aliphatic and aromatic hydrocarbons at concentrations of few ug/L These chemical mixtures also contain unknown POPs which have not been described yet in the literature due to lack of appropriate analytical methods (Muir and Howard, 2006), and which can contribute significantly to the overall mixture toxicity as found in other studies (Tang et al., 2013). PAHs and n-alkanes were analyzed in the treatments and controls for the initial and final time (24 h, Figure 1, Supplementary Figure S1). The addition of this mixture of pollutants to seawater, resulted in a final concentration less than 2-fold increase with respect to the in-situ concentrations (comparison of concentration in treatments versus controls). During the course of experiments, there was no apparent degradation of PAHs, but a reduction of n-alkane concentrations to half of the initial values (Figure 1, Supplementary Figure S1 and details in Supplementary Table S3 in Fernández-Pinos et al., 2017). The incubations were performed in baked 1-L glass bottles. The pollutant mixtures were added to the treatment bottles and the solvent (acetone) to the control bottles 1 h before adding the seawater to allow for evaporation and avoid potential toxic effects of the solvents used to prepare the POPs mixtures. After addition of seawater from the DCM, the bottles were manually stirred and immediately placed in an incubator located on the deck of the vessel that maintained the surface temperature (Supplementary Table S1). No further stirring was performed. The light radiation at the sampled depth was simulated using a net covering the bottles. All experiments started between 10 and 12:30 h local time and we used one pair of treatment and control for each time point. After 30 min, 2 h and 24 h, we collected samples for DNA and mRNA.
[image: Figure 1]FIGURE 1 | Water sampling stations and in situ measurements. (A) Stations where samples were taken for the experiments. (B) Measurements of nutrients, chlorophyll, cell abundances and pollutants. “Cw_PAH”, “p_PAH”: PAH concentrations in the dissolved phase (ng/L) and plankton (ng/g) respectively, “Cw_alkanes”: alkane concentrations in the dissolved phase (ng/L), “LEUCINE”: leucine incorporation rates (pmol Leu/L h), “NO2+NO3″ and “PO4”: concentrations of NO2− + NO3− and PO4 respectively (µg/L), “Plankton biomass” (µg/L), “Tot_CHL”: total chlorophyll A (mg/m3) and “Tot_PP”: total primary production (mg C/m3 h), “TCC”: total cell counts, that include “HNA” and “LNA”: high and low nucleic acid content bacteria (cells/ml).
2.2 Nucleic acids extraction and sequencing
After 0.5, 2 h and 24 h incubations, seawater from experimental bottles was pre-filtered through a 3 µm pore-size 47 mm diameter polytetrafluoroethylene filter and bacterial cells were collected onto a 0.2 µm pore-size 47 mm polytetrafluoroethylene filter under low vacuum pressure. The duration of the filtration step was no longer than 15 min to minimize RNA degradation. Each filter was cut in two-halves, one was placed in 1 ml RNAlater (Sigma-Aldrich, Saint Louis, MO) and the other one into 1 ml lysis buffer (50 mM Tris HCl, 40 mM EDTA, 0.75 M Sucrose) and stored at -80°C to preserve RNA and DNA respectively. DNA extraction was performed following the protocol described in Cerro-Gálvez et al. (2019). mRNA was extracted and amplified as described in Poretsky et al. (2010) with the modification of the use of mirVana isolation kit (Ambion) to extract the total RNA. Resulting DNA and amplified RNA were sequenced at the National Center for Genomic Analysis (CNAG, Barcelona, Spain) using Illumina high output mode HS200 2 × 100 bp v4.
2.3 Bioinformatics
DNA and cDNA sequences were quality trimmed and internal standard sequences removed using the ERNE mapping program (v. 2.1.1, Del Fabbro et al., 2013) using default parameters (--fast mode, --min-size 25, --min-mean-phred-quality 20, --errors-rate 15, --indels-max). For cDNA sequences, ERNE was run twice, to also remove stable RNA sequences using an in-house database. After quality trimming and removal of sequences, an average of 4.00 e + 07 reads remained per sample (Supplementary Table S2).
Genomes were constructed from DNA reads to create metagenome assembled genomes (MAGs) using the MetaWrap tool (v. 1.0, Uritskiy et al., 2018)), with MEGAHIT (v. 1.1.2, default settings, i.e. 21, 29, 39, 59, 79, 99, 119 and 141 kmer sizes, Li et al., 2015) for assembly and Metabat2 (v. 2.12.1, Kang et al., 2019) as the binning tool. MAGs were quality checked with CheckM (v. 1.0.12, Parks et al., 2015) (Supplementary Table S3), taxonomy determined with GTDB-Tk (v. 1.5.1, Chaumeil et al., 2020) using release r06-rs202 of the GTDB database (Parks et al., 2018) and functionally annotated with Prokka (v. 1.12, Seemann 2014), all using default settings. MAG abundances in the samples were calculated by mapping DNA reads back to the MAGs using Bowtie 2 (v. 2.3.4.1, Langmead and Salzberg 2012) and Samtools to create idxstats files (v. 1.7, Li et al., 2009). Bowtie 2 was run with default settings, i.e., in paired end “end-to-end” mode to map the full length of reads to contigs. Genes were quantified using the Bowtie 2 mapping results and feature Count from the Subread package (v. 2.0.1, Liao et al., 2014) with gff files from the Prokka annotation. An average of 52% of reads mapped to contigs, and 22% of reads mapped to MAGs. Transcripts per million (tpm) was used as the unit of abundance of genes and MAGs. This was calculated by taking the ratio of counts per gene/genome to the length of the gene/genome and dividing that by the sum of the ratio over the sample. Finally, the number was multiplied by a million. The proportion of reads mapping to MAGs made up on average 42% of reads mapping to contigs (SupplementaryTable S1). Selected specific signature genes coding for enzymes involved in the interaction between ADOC and microorganisms were searched for against genes in the MAGs using HMMER (v. 3.1. b. 2, Eddy, 2011) with a set of inhouse and Pfam (Finn et al., 2016; Table 1) profiles. In-house alkB profile can be found in Supplemental Material. R (v. 4.1.2, R Core Team. 2021), RStudio (v. 2022.7.2.576, RStudio Team 2022) and the Tidyverse (v. 1.3.0, Wickham et al., 2019) were used to create all figures, except for the Anvi’o (v. 7.1, Eren et al., 2021) figures.
TABLE 1 | Profiles used to identify signature genes. Gen alkB (alkane-1-monooxygenase) was selected as surrogates of genes associated with the degradation of mid-chain alkanes. File of alkB profile can found in Supplemental Material.
[image: Table 1]To analyze the effects of treatments (controls vs. ADOC addition), experiments and ocean basin on both community structure (DNA relative abundances) and community transcriptional activities (RNA relative abundances), a Permanova using a Bray–Curtis distance matrix (Anderson, 2001) was performed. Variance in community structure and transcription described by Bray–Curtis dissimilarities was visualized using principal component analysis in R.
3 RESULTS AND DISCUSSION
3.1 Characterization of sampling sites
Several families of organic compounds were analyzed in seawater and plankton at the sites and in the regions, where experiments were carried out, as reported previously (González-Gaya et al., 2014; Morales et al., 2015; Casal et al., 2017; González-Gaya et al., 2019), which include PAHs, PCBs, dioxins, and perfluoroalkyl substances. Here we use 64 PAHs (González-Gaya et al., 2019) and alkanes ranging from 21 to 35 carbon chains (previously unpublished, see Materials and Methods) as surrogates or chemical indicators of hydrophobic ADOC to characterize the level of pollution at each sampling site. Concentrations of PAH and alkanes in the dissolved and plankton phase (Figure 1, Supplementary Figure S1) were similar at the four experiment sites. Even though the North Pacific Ocean is generally less polluted than the North Atlantic for a wide range of pollutants (González-Gaya et al., 2014, 2019; Muir and Miaz, 2021; Xie et al., 2022), the similarity in concentrations is consistent with the fact that experiments in the Pacific Ocean were performed on the Coastal Rica Dome, which is influenced by a regional upwelling, while the experiments in the Atlantic were performed in oligotrophic regions remote from primary sources. Concentrations of pollutants in surface seawater in the Costa Rica dome are comparable to those reported for the North Atlantic, probably due to the influence of proximate continental sources and the regional upwelling re-mobilizing previously deposited chemicals in deep waters (Casal et al., 2017; González-Gaya et al., 2019). The more eutrophic conditions of this upwelling region were mirrored by the higher nutrient concentrations at Pacific sites compared to North Atlantic sites (Figure 1). In consequence, this location harbors dynamic biological communities. Consistently, total Chl a concentration, primary production, bacterial production and concentration of heterotrophic cells were significantly higher in the Pacific than in the Atlantic sites. The two experiments in the Pacific ocean were carried out under identical surface seawater temperatures (28°C) which were above those in the subtropical Atlantic Ocean experiments (26°C and 22°C respectively).
3.2 MAGs recovered from experiments
From the DNA samples, we constructed 976 metagenome assembled genomes (MAGs) representing both Archaea and Bacteria (Supplementary Table S2). The majority were of low quality, following Bowers et al. classification (Bowers et al., 2017), and nearly half of them lacked sufficient markers for taxonomy classification. MAGs were quite fragmented (Supplementary Table S3) with a median number of contigs of 159, 331 and 355 for high, medium and low quality respectively (excluding MAGs without taxonomy). The corresponding median N50 values were 27,831, 8,161 and 9,678. Nevertheless, we found 24 archaeal and 208 bacterial MAGs of medium or high quality, i.e. with an estimated degree of contamination less than 10%. In addition, we used 25 archaeal and 209 bacterial low-quality MAGs that were less than 10% contaminated and were possible to assign taxonomically. While incomplete and not suitable for analysis of their full genetic potential, these low-quality MAGs could still provide taxonomic information about key functional responses in our experiments.
We recovered several species known to be important in marine surface waters, such as the unicellular Cyanobacteria Synechococcus spp. and Prochlorococcus spp, as well as the alphaproteobacterial Pelagibacteraceae spp. (“SAR11”; all unfortunately of low quality) and Rhodobacteraceae spp, the gammaproteobacterial SAR86 order, Alteromonadaceae spp. and Pseudomonadales spp, as well as several Flavobacteriales (Sunagawa et al., 2015). The recently named Poseidonales order of Archaea, formerly known as “Marine Group II Archaea” (Rinke et al., 2019), was also well represented by MAGs.
In terms of relative abundances of MAGs, both from DNA and RNA samples, communities were dominated by a few phyla: the archaeal Thermoplasmatota, and the bacterial Bacteriodota, Cyanobacteria, Patescibacteria, Proteobacteria and the automatically named phylum T1SED10-198M, recently named as Candidatus Gulusiota (Pallen et al., 2022) (Figure 2 and Supplementary Table S4). A few MAGs from Thermoplasmatota, particularly from the order Poseidoniales, dominated gene expression in the two experiments performed in the Atlantic, but not for the Pacific sites. The proportion of reads mapping to contigs from taxonomy-assigned MAGs, was considerably smaller in the RNA than in the DNA samples, suggesting that our MAGs were representative of the active part of the community.
[image: Figure 2]FIGURE 2 | Overall taxonomic composition of microbial communities. Transcripts per million (tpm) were used as the unit of abundance. See materials and methods for details on tpm calculation.
3.3 Responses of MAGs in ADOC exposed communities
To analyze populations that were transcriptionally responding to exposure to ADOC, we identified 331 MAGs that contributed at least eight-fold more, or less, to the total RNA in the treatment than in the control sample for at least one experiment and sampling time (Figure 3; Table 2, Supplementary Table S4). In general, we detected a higher number of responding MAGs in the Atlantic than in the Pacific, although the number varied considerably between experiments and time points, from 0 to 5 Pacific June 5 experiments, to 107 after half an hour at the Atlantic July 2 experiment and around 80 after 2 h of exposure in both of the Atlantic experiments. The balance between increasing and decreasing MAGs also varied considerably between experiments and time points. In the Atlantic experiments, most of the transcriptionally responding MAGs belonged to Proteobacteria, Thermoplasmatota, Actinobacteriota and Bacteroidota (Supplementary Table S5). In the Pacific experiments, transcriptionally responding MAGs were from the Bacteroidota and the Proteobacteria. The higher number of transcriptionally responding MAGs in the Atlantic than in the Pacific experiments can be related to the more oligotrophic status of Atlantic waters, where ADOC addition represented a more relevant pulse of carbon than in the Pacific. This is consistent with the higher sensitivity of oligotrophic systems to external anthropogenic inputs (Shai et al., 2021). Our results indicate that this is also true at ADOC concentrations relevant for the open ocean, as previously reported for coastal Mediterranean waters (Cerro-Gálvez et al., 2021). The changes in community structure using DNA relative abundances of all MAGs assessed using a Permanova test significantly differed between experiments (p < 0.01) and oceans (p < 0.01). The same pattern was observed for transcriptional activities (Supplementary Table S6). The microbial responses in Atlantic experiments were more similar to each other than to either of the Pacific experiments consistent with a minor effect of temperature on the microbial responses to ADOC additions (Supplementary Figure S2).
[image: Figure 3]FIGURE 3 | Log 2 fold changes of relative abundances of MAGs between treatments and controls in the DNA pool (indicating enrichment) and in the RNA pool (indicating transcriptional activity) in each experiment. To be included, a MAG needed to be present both in the treatment and control samples. Phyla are prepended with an (A, B) to denote Bacteria and Archaea respectively. Dashed lines at log 2 fold changes of -3 and 3, corresponding to eight-fold decrease and increase respectively, indicate limits for inclusion in further analyses below. MAGs appearing to the left of the leftmost or right of the rightmost line were considered as “responders” to treatment.
TABLE 2 | Number of transcriptionally responding MAGs per experiment and time point. Transcriptionally responding was defined as MAGs being at least eight-fold more or less abundant in the treatment than in the control. Only low-quality draft genomes with at most 10% contamination and determined taxonomy included.
[image: Table 2]3.4 Patterns of gene expression and enrichments in ADOC exposed communities of responding MAGs
Among all the transcriptionally more active MAGs, up to 86 had not only a fold-change in gene expression higher than eight between treatments and controls, but also a quality classification of at least “medium-quality draft”. These included 77 Bacteria (9 Actinobacteriota, 18 Bacteroidota, four Synechococcus, 2 Marinisomatota, 22 Alphaproteobacteria, 17 Gammaproteobacteria and five Verrucomicrobiota) and nine Archaea (8 Thermoplasmatota and one Thermoproteota) (Supplementary Table S5). We labeled them as “responding MAGs” and selected them for deeper gene content and transcriptional analyses in ADOC exposed communities. In the Pacific experiments, we observed some high contributions of specific taxa to the DNA and RNA pool. These were, for instance, MAGs from Cyanobacteria and some from Flavobacteriales and Rhodobacterales. The Atlantic experiments had a more equal distribution of contributions from several bacterial groups. Three archaeal MAGs belonging to Thalassarchaeaceae within the Thermoplasmatota phylum contributed considerably to the DNA and RNA pools. (Figure 4).
[image: Figure 4]FIGURE 4 | Phylogeny and abundance of strongly responding MAGs per sample together with genome statistics as well as presence and expression of signature genes for alkane oxidation. (A) bacteria, (B) archaea. Branches are colored according to taxonomic Classes. Abundances were normalized by calculating square root of tpm values. The color scale was set from 0 (min) to 290 (max).
Contrasting how individual MAGs responded to ADOC addition in terms of transcriptional activity and increase of contribution to the DNA pool (called enrichment hereafter) respectively, we detected different patterns: 1) increased transcription in treatments compared to controls during the first 2 h of exposure but not a concurrent growth after 24 h, 2) stable or increased transcription with growth after 24 h, 3) stable transcription and no enrichment, 4) decreases in community size, i.e., DNA contribution, after 24 h, and v) no clear responses neither in transcription nor enrichment. In the Atlantic Ocean, the highest number of MAGs fell into the “transcription increase, no enrichment” and “no clear response” categories, whereas in the Pacific most MAGs were in the “stable in both” category and, a lower number, in “decreases in community size”. The top responding MAGs within all categories belonged to the families Rhodobacteraceae and Flavobacteriaceae but with an ocean dependent pattern, as these contributed the most to the active transcription categories (with and without growth) in Atlantic experiments, whereas they were stable in the Pacific experiments (Figure 5, Supplementary Figure S7). These two families of bacteria are generalists, known for their copiotrophic lifestyle and opportunistic activation of transcription after inputs of organic matter, including ADOC compounds, and thus capable of rapid growth in carbon-rich environments (Yooseph et al., 2010; Cerro-Gálvez et al., 2021). The different responses in contributions to the DNA pool in each ocean might be related to the importance of ADOC respect to the total pool of DOC, that was probably less labile and more limited in the oligotrophic Atlantic than in the Costa Rica Dome in the Pacific.
[image: Figure 5]FIGURE 5 | Overall patterns in RNA expression and DNA abundance in MAGs increasing at least eight-fold in at least one sample pair. The RNA 0.5, RNA 2.0 and DNA 24 h sample pairs were classified as increasing in the treatment if the treatment was at least two-fold higher than the control. Individual patterns were then classified in classes. (A) Overall, (B) Selected orders.
Several MAGs belonging to the archaeal Poseidoniales order were found to have increasing transcriptional activity after 2 h of exposure to ADOC, although they did not get significantly enriched. This is a pattern already observed in Alteromonadales in coastal Mediterranean waters after exposures to low levels of ADOC concentrations (Cerro-Gálvez et al., 2021). Poseidoniales is the most abundant archaeal group in surface seawaters, with different genera present in both oligotrophic and eutrophic waters (Rinke et al., 2019). We observed similar behavior of two families, Poseidoniaceae and Thalassarchaeaceae, with a higher activity in the Atlantic experiments than in the Pacific. Importantly, this group has been found to commonly harbor alkB-like monooxygenase genes in the North Atlantic, and a role in degradation of biogenic medium chain alkanes has been suggested (Love et al., 2021). The activation of gene expression but lack of significant enrichment, however, suggests that Poseidoniales are able to quickly respond to ADOC presence, but that this capacity, at least in oligotrophic waters, does not always result in population growth likely due to nutrient limitation. This is consistent with an oligotrophic lifestyle, among other things characterized by expression of high-affinity transporters effective at low substrate concentrations (Lauro et al., 2009).
Interestingly, the responding MAGs that showed the highest increase in relative contributions to the DNA pool after 24 h (independent of the transcription patterns) in Atlantic July 2 and Pacific June 7 experiments belonged to Methylophagaceae (order Nitrosococcales). The capacity of species in the Methylophagaceae to degrade aliphatic hydrocarbons has been shown under oil spill scenarios (Mishamandani et al., 2014; 2016; Gutierrez and Aitken 2014; Kleindienst et al., 2016), as well for consumption of biogenic alkanes, such as those from cyanobacteria (Love et al., 2021). Although Methylophagaceae in most marine environments belong in the “rare biosphere”, i.e., present, but at low abundances, this group was observed to bloom in polluted coastal Mediterranean waters after a pulse of ADOC at background concentrations (Cerro-Gálvez et al., 2021). A similar result was found in both the Pacific and the Atlantic experiments, providing field evidence on the high adaptation of Methylophagaceae to growth on ADOC chemicals at the low concentrations found in the global oceans.
On average, between 2 and 26 genes from each MAG from the four most characteristic orders of strongly responding MAGs—Poseidonales, Flavobacteriales, Nitrosococcales and Rhodobacterales—contributed at least two-fold more to the total RNA pool in treatments than in controls (Figure 6). Except for in Rhodobacterales, the number of responding genes varied considerably between experiments and for different time points. In order to assess the nature of the responses, these individual genes were classified into nine relevant classes—ATP synthase (energy conversion), DNA polymerase (replication), RNA polymerase (transcriptional activity), enzymes (overall metabolism; genes not included in more specific classes but having an EC number), stress, translation, transporters, hypothetical proteins and others. We observed a low contribution of transporters, quite a small but consistently present contribution of genes involved in transcription and translation and conspicuously low numbers of genes involved in replication (Figure 6). We found a consistently high number of hypothetical genes in the Poseidonales consistent with the relatively recent discovery of the group and lack of cultures for phenotypic characterization of the group (Rinke et al., 2022).
[image: Figure 6]FIGURE 6 | Mean number of overabundant genes in treatments compared with controls for selected orders. Genes reaching abundances in treatments at least two-fold higher than in controls. Genes were classified based on product names in the Prokka annotation.
To look for patterns of consistent gene expression between different populations of the same phylum, we searched for genes increasing at least two-fold in any of the experiments and counted the number of different MAGs that expressed genes with the same product name. Any genes occurring in the list at least twice were considered (Supplementary Table S8). Furthermore, we weighted the gene list by the product of each product’s highest relative abundance and its highest fold-change. At the top of this list, appearing in five different MAGs at relative abundances between 0.2 and 230, and log 2 fold-changes between 1.0 and 3.7, we found “Serine hydroxymethyltransferase”, an important enzyme in one-carbon metabolism or methylotrophy (Supplementary Table S8) (Rao et al., 2003). The species were representatives of the Alteromonadaceae, Rhodobacteraceae and SAR86 families. In the actinobacterial families MedAcidi-G1, TK06 we found “Putative formate dehydrogenase”, also involved in one-carbon metabolism (Ferry 1990), represented in two genomes. In alkane metabolism, “Alkane 1-monooxygenase” (3 species from Flavobacteriaceae, Schleiferiaceae and UBA10066 families of Bacteroidota), “Alkanesulfonate monooxygenase” (3 species from the actinobacterial families MedAcidi-G1, MedAcidi-G1 and TK06) and “Haloalkane dehalogenase” (3 species from the proteobacterial families Pseudohongiellaceae, Rhodobacteraceae and SAR86), were discovered. Other enzymes expressed in more than one species, and with a potential physiological role after addition of ADOC included the oxidative stress-related “Superoxide dismutase” (five species from Alteromonadaceae, Rhodobacteraceae and Methylophagaceae), “Catalase-peroxidase” (nine species from Flavobacteriaceae, Schleiferiaceae, Alteromonadaceae, Pseudohongiellaceae, Puniceispirillaceae and Rhodobacteraceae), “putative peroxiredoxin” (24 species from Actinobacteriota, Bacteroidota, Cyanobacteria and Proteobacteria) and, in electron transport, a number of cytochrome c components (45 species from the phyla Actinobacteriota, Bacteroidota, Marinisomatota and Proteobacteria). Lastly, different components of ribonucleotide reductase, the enzyme catalyzing the only known de novo pathway for production of deoxyribonucleotides, building blocks of DNA (Torrents et al., 2008), was found to be highly expressed by 17 MAGs from the archaeal Thermoplasmatota phylum and the bacterial Bacteroidota and Proteobacteria phyla.
3.5 Signature gene responses in ADOC exposed communities
Whereas generic functional annotation of genomes is helpful for the identification of patterns without strong presumptions about which pathways are potentially affected by ADOC addition, the fact that alkane families are important components of hydrophobic ADOC suggests a more targeted approach. We screened the MAGs for the potential degradation of alkanes with sequence searches using profiles for the gene coding for the enzyme that catalyzes the committed step in degradation “alkane-1-monooxygenase” (alkB). Since PAH concentrations did not change significantly during our experiments and because it has been shown difficult to exactly identify the key enzyme involved in PAH degradation (CITE)—Aromatic ring-hydroxylating dioxygenase—we did not analyze our MAGs for the presence or expression of this gene. The highest number of presence of alkane degrading genes in Bacteria were found in Alphaproteobacteria (encoding genes for both pathways, four only for alkanes) and Gammaproteobacteria (with both pathways, six only alkanes) (Figure 4). These results are consistent with the reported geographical ubiquity of n-alkane degradation genes in the open ocean (Love et al., 2021).
For the study of differentially expressed genes in key metabolisms, we included specific markers for oxidative stress (“peroxidase”) and methylotrophy (“Serine hydroxymethyltransferase”). The former because of the toxicity of these compounds on cells (Cerro-Gálvez et al., 2019), and the latter because methylotrophy has been implicated in ADOC degradation, probably alkyl PAHs and alkanes (Gutierrez and Aitken 2014; Cerro-Gálvez et al., 2019). We detected many responding signature genes for the four pathways with at least an eight-fold higher abundance in treatments than in controls, primarily from the experiments in the Atlantic and mostly in samples taken after 2 h incubation (Figure 7, Supplementary Table S9). Among MAGs that decreased or had a stable contribution to the RNA pool, we detected roughly equal numbers of signature genes going up as going down (Figure 7), whereas in MAGs that increased their contribution only increases, baring one exception, were observed (Figure 7; Table 3). In particular, several MAGs expressed genes for alkane degradation and methylotrophy more abundantly in treatments than in control, but only in the Atlantic experiments. This supports previous findings of the higher lability of alkanes within the ADOC pool, thanks to its simpler chemical structure, higher transcription of alkB genes in oil spills and widespread occurrence and divergence of alkB-harboring bacteria in marine microbiomes (Mason et al., 2012; Rivers et al., 2013; Karthikeyan et al., 2021; Love et al., 2021). The increasing alkane degradation signature genes in increasing MAGs were expressed by species from the archaeal Poseidoniales order, the actinobacterial Acidimicrobiales order, the Bacteroidia order Flavobacteriales and the proteobacterial Rhodobacteraceae, Saccharospirillaceae and Methylophagaceae families. Methylotrophy was expressed by the same groups plus the archaeal Nitrosopumilaceae family, the cyanobacterial Cyanobiaceae family, the Marinisomatota phylum and the gammaproteobacterial Puniceispirillales order (Figure 7 and Supplementary Table S9). The taxonomical connection between alkane oxidation on the one hand, and methylotrophy on the other hand, reflects the proposed role of methylotrophy in degradation of hydrocarbons in the ocean that has been analyzed under oil spill scenarios, but it is here evidenced at low oceanic concentrations. For instance, methylotrophs were enriched in the oil plume in late stages of the Deepwater Horizon oil spill (Gulf of Mexico) after the initial bloom of opportunistic hydrocarbonoclastic bacteria (Kessler. et al., 2011). Direct evidence of Methylophaga in consumption of hexadecane was obtained in experiments using stable isotope probing (Mishamandani et al., 2014). Further, Methylophaga have the capacity to remove methyl-groups from alkylated hydrocarbons, for example methyl phenanthrenes, that are generally abundant in the ADOC pool (Gutierrez and Aitken 2014; Cerro-Gálvez et al., 2019). Overall, our gene expression profiles support a fast consumption of alkanes, along with an activation of methylotrophy, at the low concentrations of ADOC ubiquitous in oceanic waters.
[image: Figure 7]FIGURE 7 | Expression of signature genes for alkane degradation, methylotrophy and oxidative stress in MAGs responding with growth or decrease in at least one experiment (panel (A)) and averaged changes in relative concentrations (treatment/controls) of PAHs and alkanes in the experiments after 0.5 and 24 h of incubation (panel (B)). On the top panel, the x-axis values show gene log 2 fold-changes, while the MAGs’s response is encoded with color. When calculating ratios, a zero in either the treatment or control was replaced with 0.001. Specific changes in relative concentration ratios of each chemical within PAH and alkanes families is described in Supplementary Figure S1.
TABLE 3 | Number of genes increasing or decreasing in responding MAGs more than eight-fold between treatment and control. Responding MAGs were defined as those being at least eight-fold more abundant in treatments than in controls. Similarly, genes were defined as up or down if they were eight-fold more or less respectively abundant in treatments than in controls.
[image: Table 3]The signature gene for oxidative stress was enriched in a subset of the taxa that also expressed signature genes for the other three processes: Poseidoniales, Acidimicrobiales, Flavobacteriales, Puniceispirillales, Rhodobacterales and Pseudomonadales. Similar correlations between metabolic responses at gene level to ADOC addition has been reported previously (Cerro-Gálvez et al., 2019, 2021). The higher metabolic rate that might be a consequence of oxidative metabolism of ADOC, either as a carbon source or as a defense mechanism against toxicity, can be expected to result in higher concentrations of reactive oxygen species, and hence trigger transcription of defense systems.
4 CONCLUSION
We performed different ADOC exposure experiments at background concentrations in the mesotrophic tropical Pacific (Costa Rica Dome) and the oligotrophic subtropical North Atlantic. During these experiments, there was degradation of n-alkanes with 21–35 carbons that are thought to be from fossil fuels (petroleum, coal), and thus have anthropogenic origin (Fernández-pinos et al., 2017). The most active MAGs responding to ADOC belonged to the families Rhodobacteraceae and Flavobacteriaceae. Recently, it has been suggested a fast cryptic cycle of C15 and C17 alkanes produced by cyanobacteria and consumed by some heterotrophic bacteria (including specialist hydrocarbonoclastic bacteria such as Alcanivorax and methylotrophs such as Methylophaga spp.) and archaeal Poseidoniales. Whether or not the recycling of anthropogenic and other biogenic n-alkanes is similar to that of the cryptic cycle remains unknown. In this study, besides high activities of MAGs from families Rhodobacteraceae and Flavobacteriaceae responding to ADOC after short-term exposures, we observed a high transcription activity of Poseidonales and growth of Methylophaga, and similar patterns of methylotrophy and alkane degradation gene expression. These observations, along with the efficient degradation of C21-C35 alkanes (Fernández-pinos et al., 2017) support the high lability of alkanes within the ADOC pool and the suggested role of several taxa consuming medium high chain alkanes. This can possibly be related to their capacity to outcompete other opportunistic bacteria at low alkane concentrations (and fail at high concentrations such as in initial stages of oil spill accidents), similar to the concentrations of alkanes produced by cyanobacteria. As the experiments were performed exposing the microbial communities to changes in ADOC concentrations by a factor of two, the results suggest that anthropogenic carbon introduction in the ocean could play a role modulating microbiomes, which will require extensive research efforts in the coming years.
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Vegetation impacts ditch methane emissions from boreal forestry-drained peatlands—Moss-free ditches have an order-of-magnitude higher emissions than moss-covered ditches
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Ditches of forestry-drained peatlands are an important source of methane (CH4) to the atmosphere. These CH4 emissions are currently estimated using the IPCC Tier 1 emission factor (21.7 g CH4 m−2 y−1), which is based on a limited number of observations (11 study sites) and does not take into account that the emissions are affected by the condition and age of the ditches. Furthermore, the total area of different kinds of ditches remains insufficiently estimated. To construct more advanced ditch CH4 emission factors for Finland, we measured CH4 emissions in ditches of 3 forestry-drained peatland areas (manual chamber technique) and amended this dataset with previously measured unpublished and published data from 18 study areas. In a predetermined 2-type ditch classification scheme, the mean CH4 emissions (±standard error) were 2.6 ± 0.8 g CH4 m−2 y−1 and 20.6 ± 7.0 g CH4 m-2 y−1 in moss-covered and moss-free ditches, respectively. In a more detailed 4-type classification scheme, the yearly emissions were 0.6 ± 0.3, 3.8 ± 1.1, 8.8 ± 3.2, and 25.1 ± 9.7 g CH4 m−2 y−1 in Sphagnum-covered, Sphagnum- and vascular plant—covered, moss-free and vascular plant-covered, and plant - free ditches, respectively. Hence, we found that Tier 1 emission factor may overestimate ditch CH4 emissions through overestimation of the emissions of moss-covered ditches, irrespective of whether they harbor potentially CH4 conducing vascular plants. Based on the areal estimates and the CH4 emission factors for moss-covered and moss-free ditches, CH4 emissions of ditches of forestry-drained peatlands in Finland were 8,600 t a−1, which is 63% lower than the current greenhouse gas inventory estimates for ditch CH4 emissions (23,200 t a−1). We suggest that the Tier 1 emission factor should be replaced with more advanced emission factors in the estimation of ditch CH4 emissions of boreal forestry-drained peatlands also in other countries than in Finland. Furthermore, our results suggest that the current practice in Finland to minimize ditch-network maintenance by ditch cleaning will likely decrease CH4 emissions from ditches, since old moss-covered ditches have very low emissions.
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1 INTRODUCTION
The concentration of the greenhouse gas (GHG) methane (CH4) has increased substantially since industrialization, with the current global yearly emissions averaging 576 Tg (550–594 Tg) based on top-down estimation (Saunois et al., 2020). Of these global emissions, approximately 60% stem from anthropogenic sources, mostly agriculture, waste treatment, biomass burning and fossil fuel industry (Saunois et al., 2020). In addition, drainage ditches and canals were recently estimated to contribute on average 1% to the global anthropogenic CH4 emissions, yet, their contribution to anthropogenic CH4 emissions can be much higher in densely drained areas (Peacock et al., 2021). Hence, inclusion of ditch and canal emissions into local and national GHG inventories will be crucial in assessing the impact of drained land on CH4 budgets, especially in densely drained countries (Peacock et al., 2021), like in Finland, where approximately 5.9 million ha of peatlands (ca. 17% of total land area of Finland) have been drained for forestry since the 1920s, an area equal to as much as 40% of the global estimate of 15 million ha of forestry-drained peatlands (Paavilainen and Päivänen, 1995).
Drainage of peatlands typically decreases CH4 emissions from soil and ground vegetation, but also creates ditches that have significant CH4 emissions (Martikainen et al., 1995; Roulet and Moore, 1995; von Arnold et al., 2005; Koskinen et al., 2016; Minkkinen et al., 1997; Minkkinen and Laine, 2006). The methane emissions from drainage ditches in Finland are currently estimated using the Tier 1 emission factor of the Intergovernmental Panel on Climate Change (IPCC) for ditches of temperate and boreal drained forest land and drained wetland (Supplementary Table S1; IPCC, 2014). This emission factor, however, is based on a limited number of studies, covering only 11 study sites (Supplementary Table S1; Roulet and Moore, 1995; Minkkinen and Laine, 2006; Sirin et al., 2012; Glagolev et al., 2008; von Arnold et al., 2005; Cooper and Evans, 2013; Cooper et al., 2014) of which only one study is from Finland, covering drained fen and bog sites of one peatland complex (Minkkinen and Laine, 2006). Furthermore, the Tier 1 emission factor does not take into account that different types of ditches (e.g., vegetated vs. non-vegetated) could vary in their CH4 emissions, and the information on the ditch types is impossible to extract for many of the study sites used in the calculations (Supplementary Table S1).
The currently published results of ditch CH4 emission from Finnish forestry-drained peatlands are still scarce, but they already show that the emissions have considerable variation, explained by the hydrology and the type of vegetation cover. The emissions are larger from ditches with moving water than with standing water, which is probably explained by higher input of dissolved methane from surrounding soils via drainage and ground water flow into ditches with moving water (Minkkinen and Laine, 2006). In addition, ditches with aerenchymous plants may have higher CH4 emissions than ditches with Sphagnum moss, as CH4 conducted through the aerenchyma can bypass the methanotrophic filter in oxic surface water, moss, sediment and peat layers, and plant root exudates can also increase methane emissions through several mechanisms (e.g., increasing microbial metabolism) (Schimel, 1995; Frenzel and Karofeld, 2000; Minkkinen and Laine, 2006; Waldo et al., 2019). The scarce published results also hint towards lower CH4 fluxes from moss-covered than moss-free ditches, but the effect of moss-cover remains to be confirmed as the sites of the previously studied moss-free and moss-covered ditches also differed in their nutrient status and forest harvesting treatment, both potentially affecting CH4 production within ditches and strips as well as CH4 transfer from strips to ditches (Minkkinen and Laine, 2006; Korkiakoski et al., 2020). In any case, moss-covered ditches have also shown to turn into occasional CH4 sinks, probably due to activity of methanotrophs within Sphagnum layer or in the sediment and peat below the Sphagnum layer (Raghoebarsing et al., 2005; Larmola et al., 2010; Korkiakoski et al., 2020). As it takes time before ditches are covered by mosses after ditch digging or cleaning, it can be also suggested that ditch age affects CH4 emissions.
As the forest floor of the forestry-drained peatlands is usually a small CH4 sink (Roulet and Moore, 1995; Ojanen et al., 2010; Korkiakoski et al., 2020), the emissions from the ditches determine whether these lands are net sources or sinks of CH4. Accurate methane budget calculations for forestry-drained peatlands followed by national greenhouse gas (GHG) inventories would greatly benefit from development of emission factors, which account the differences in CH4 emissions between ditches of varied age and vegetation cover. Furthermore, a more accurate estimate of the total area of different types of ditches is needed for more accurate calculations of the national GHG inventory. In southern Finland, 35%–43% moss-coverage has been estimated for 5–10-year-old ditches (Silver and Joensuu, 2005), but otherwise publications on ditch vegetation distribution are lacking.
The current CH4 emission data from ditches of forestry-drained boreal peatlands are still scarce and the accuracy of the peatland CH4 emission estimates cannot be improved without further measurements. Using data from 21 study areas covering different ditch vegetation cover and site nutrient status and spanning from southern Finland to southern Lapland, we aimed at developing CH4 emission factors that account for different types of ditches (in terms of vegetation cover), and thus should improve the accuracy of the CH4 emission estimation of forestry-drained peatlands. To further improve the accuracy of the CH4 emission estimation in the national GHG inventory, we also made an improved estimation of the total area of ditches and proportion of the different types of ditches in Finland.
2 MATERIALS AND METHODS
2.1 Study areas
Altogether, we used data from 21 forestry-drained peatland study areas representing different site types (nutrient status) and covering Finland from south to north (Table 1). The measurements were done within 25 years spanning 1996–2021 (Table 1). For four areas (Lakkasuo, Konilampi, Vesijako and Kalevansuo), data were obtained from previously published studies (Minkkinen and Laine, 2006; Koskinen et al., 2016; Minkkinen et al., 2018). For 14 areas, unpublished data measured in 2014–2015 were utilized (Table 1). Furthermore, for this study, we conducted CH4 flux measurements at three study areas (Table 1: Ränskälänkorpi, Lettosuo, Paroninkorpi) in 2021. These areas were selected, because they represent nutrient-rich drained peatland forests [Herb-rich (Rhtkg) and Vaccinium myrtillus type (Mtkg)] that are scarce in the previously measured datasets (Table 1), even though they comprise almost 40% of the current forestry-drained peatland area in Finland (Korhonen et al., 2021).
TABLE 1 | Study areas (their location and nutrient status), year of CH4 flux measurements, number of measurement timepoints during snow-free season (T.P.), the types of ditches, number of measurement points belonging to the particular type of ditch (N), and reference for the description of the study area. Site types from the nutrient richest to the nutrient poorest type with their abbreviations (Laine et al., 2012): Herb-rich (Rhtkg), Vaccinium myrtillus (Mtkg), Vaccinium vitis-idaea (Ptkg), Dwarf-shrub (Vatkg), Lichen (Jätkg). I and II describe the status of the tree stand prior drainage, if known: treed (I), sparsely treed or treeless (II). CH4 flux data from four (i.e., Lakkasuo, Kalevansuo, Konilampi and Vesijako) out of the total of 21 study areas was previously published (see references in footnotes).
[image: Table 1]2.2 CH4 flux measurements
Depending on the study area, there were 1–24 measurement points from which the CH4 emissions were measured 3–19 times during 1–2 snow-free seasons, mostly between May–October (Table 1). The CH4 fluxes were measured using the manual closed chamber method at each study area. For Lakkasuo, Konilampi, Vesijako and Kalevansuo, the measurements, gas analyses [gas chromatograph (GC)] and flux calculation were reported previously (Minkkinen and Laine, 2006; Koskinen et al., 2016; Minkkinen et al., 2018). Measurements (using an opaque round closed floating chamber) and GC analyses for the dataset from 2014 to 15 (Table 1) were conducted as previously described (Ojanen et al., 2019). Furthermore, concentration-time graphs of the 2014–15 data were visually inspected for patterns indicating CH4 ebullition events (i.e., release of CH4 bubbles) or analyzer malfunction. Such flux estimates were excluded from the dataset. Altogether, on average 13.1% of the flux estimates, varying from 0% to 40.9% for single study areas, of the 2014–2015 dataset were excluded.
For the dataset measured in 2021 (Ränskälänkorpi, Lettosuo and Paroninkorpi), the gas analyses were made using a portable gas analyser (LI-COR LI-7810, 1 measurement per second) from the headspace of an opaque closed floating chamber (d 31.5 cm, h 31 cm, equipped with a fan) for a time period of 3 min after placing the chamber at the measurement point. After manual trimming of anomalies in the gas concentration data caused by placement and removal of the chamber in the beginning and at the end of the measurement period, respectively, fluxes were calculated based on linear fit between gas concentration and time [linregress routine of SciPy (v. 1.7.0); Virtanen et al., 2020], accounting for chamber temperature, volume and area, using an in-house script (available from https://github.com/janivaltteri/manual-chamber-data-server/blob/main/dataserver/application/fluxcalc.py).
We acknowledge that CH4 measurements from wet surfaces are very sensitive to interferences. It is difficult to place the chamber firmly into the open water or plant-covered ditch surface in a gas-tight manner. Furthermore, pressing the chamber too hard on the measurement surface can disturb the water column and/or sediment surface and lead to inadvertently enhanced gas transfer or even inadvertent CH4 ebullition causing overestimation of the CH4 fluxes (Matthews et al., 2003). This makes it impossible to determine whether disturbances detected in concentration-time data are due to natural CH4 ebullition or the disturbances caused by the measurement procedure. Hence, the CH4 concentration-time graphs of the portable analyser measurements were manually screened for patterns indicating interference of measurements, gas leaks, CH4 ebullition events or analyser malfunctioning resulting in exclusion of such data (see examples in the Supplementary Material; Supplementary Figure S1). The possible anomalies in the concurrently measured CO2 (data not shown) were used as to help in detecting the possible gas leaks, chamber interference and analyzer malfunctioning. We monitored CH4 ebullition specifically using a bubble collector (Huttunen et al., 2001) in an open water (moss-free) ditch in one of the study areas, Ränskälänkorpi during June-October 2021, and found that ebullition was infrequent, occurring only in two occasions: mid July and early August.
In the plant-free, open water ditches, we also noticed that when a downstream measurement point was measured soon (within few minutes) after measurement of a nearby (only 1–2 m apart) upstream measurement point, the disturbance and mixing of the water upstream could lead to biased, comparatively high CH4 flux estimates at the downstream point, which can be due to inadvertently enhanced gas transfer or even inadvertent CH4 ebullition, as explained above (Matthews et al., 2003). There were one such occasion in Ränskälänkorpi (points 321/322 at 5 August 2021), one occasion in Lettosuo (points 121/122 at 21 July 2021) and four occasions in Paroninkorpi (points 421/422 at 24 August 2021 and 18 October 2021; points 431/432 at 28 July 2021 and 7 September 2021), where downstream point had 3.4, 2.9, and 2.0–28.4 times as high CH4 flux as the upstream point, respectively. Hence, such data were also discarded from further analyses.
Altogether, the manual screening procedure removed 26 (13.7%), 43 (35.2%), and 37 (25.5%) flux estimates resulting in 164, 79, and 108 accepted flux estimates for Ränskälänkorpi, Lettosuo and Paroninkorpi, respectively. The accepted CH4 fluxes used in this study are available in the Dataset 1 [All datasets (i.e., Datasets 1–6) are freely available from https://doi.org/10.5281/zenodo.7341325].
2.3 Water level, temperature and precipitation
Temperature in the ditches of Ränskälänkorpi, Lettosuo and Paroninkorpi in 2021 were measured using iButton loggers (Maxim Integrated, USA) (see Dataset 2). Furthermore, water table level (WT) of the measurement points was recorded during gas flux measurements using a measurement stick permanently attached to ditch bottom (with a measurement scale). WT was recorded as relative to the WT level in the beginning of June 2021 (see Dataset 3).
For all the datasets, the data on air temperature and precipitation for the study years and 30-year comparison period (1 January 1991–31 December 2020) were gathered from the nearest grid point in the 10 km × 10 km grid dataset of Finnish Meteorological Institute (Venäläinen et al., 2005) (see the Supplementary Material, Supplementary Figures S2–S22). In the Lakkasuo dataset in 1996–1997 (Supplementary Figure S2), the year 1997 was warmer and drier than 1996. The summer temperatures were higher than the 30-year average in 1997, while temperature did not differ from the 30-year average in 1996. Precipitation was similar with the 30-year average in 1997 but higher than that in July and November and lower than that in August and September in 1996. In the Kalevansuo dataset in 2011 (Supplementary Figure S3), the summer was warmer, and July, September and December had higher precipitation than the 30-year average. In the Konilampi and Vesijako dataset in 2012 (Supplementary Figures S4, S5), temperature was comparable to while precipitation was generally higher than the 30-year average. In the dataset of several study areas in 2014–2015 (Supplementary Figure S6–19), the year 2014 was generally warmer and drier than the year 2015. Compared to the 30-year average, the temperatures were slightly higher in summer 2014 but not in 2015. Precipitation was also generally higher than the 30-year average in 2015 whereas it was comparable to the 30-year average in 2014, except for some single rainy months, for example, August 2014 in Könölä, when precipitation was higher than the 30-year average (Supplementary Figure S10). In the Ränskälänkorpi, Lettosuo and Paroninkorpi datasets in 2021 (Supplementary Figures S20–22), the summer was warmer, and May and August had higher and July lower precipitation than the 30-year average.
2.4 Development of CH4 emission factors
The measurement points in the study areas were classified into different ditch types utilizing field observations and photographs. The classification was based on the presence/absence of moss cover and vascular plants (Table 1). Finally, in the development of the CH4 emission factors, 2-type and 4-type classification schemes were used. The 2-type scheme classified measurement points into 1. moss-covered and 2. moss-free, because presence or absence of moss-cover was the most conspicuous factor differing between the study ditches (Table 1). This classification scheme also best supported the estimation of the area of different types of ditches and total ditch CH4 emissions of Finland (see below). The majority of the moss-covered measurement points were covered by Sphagnum mosses, yet some were covered also by other mosses (Table 1, Dataset 1). The ditch types in the 4-type classification scheme were: 1. Sphagnum-covered, vascular plant-free ditches (in short: Sphagnum), 2. Sphagnum- and vascular plant - covered ditches (Sphagnum + vascular), 3. moss-free, vascular plant—covered ditches (vascular), and 4) moss- and vascular plant-free ditches (plant-free). The purpose of the 4-type classification scheme was to develop the most detailed classification possible, considering also the effect of vascular plants in increasing ditch CH4 emissions (e.g., Minkkinen and Laine, 2006), yet each ditch type still containing adequate number of replicates for statistical testing of differences in the CH4 emissions between ditch types (Table 1, Dataset 1). Additionally, there were 10 measurement points, representing rare ditch types in the dataset, which were included in the 2-type classification scheme in the class of moss-covered ditches (Table 1, Dataset 1). These remained outside of the 4-type classification scheme, including ditches covered with Polytrichum commune (common hair moss), co-covered with P. commune and Sphagnum mosses, and co-covered with Calliergon stramineum (calliergon moss), P. commune, Sphagnum mosses and vascular plants, due to too low number of replicates.
Annual CH4 emissions were calculated separately for each measurement point. Emissions were calculated first for the snow-free season simply based on the mean of the measured fluxes during May–October. The only exception was Ränskälänkorpi where the autumn’s last timepoint was at 19 November 2021, which, according to the weather data and field observation still represented snow-free season. For the datasets with two study years (1996–97 and 2014–15, see Table 1), the snow-free season emission was first calculated separately for each study year, after which the mean of the two snow-free seasons was considered as the snow-free season emission for the measurement point. Snowy season (November–April) daily emissions were calculated based on the published relationship between mean daily snow-free season and mean daily snowy season emissions/sinks estimated from data of forestry-drained and undrained peatland soils, which were measured throughout the year (Ojanen et al., 2019), as follows:
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where y is the snowy season daily emission/sink and x is the snow-free season daily emission/sink (Ojanen et al., 2019). Only the increasing part of the parabola resulting from equation 2 was considered. Snowy season CH4 emission reached its maximum value, 41.89 mg CH4 m−2 d−1, at snow-free season emission of 528.43 mg CH4 m−2 d−1. Therefore, for snow-free season emissions >528.43 mg CH4 m−2 d−1, the snowy season emission was set at 41.89 mg CH4 m−2 d−1, which happened at only three plant-free measurement points in the Lakkasuo study area (with snow-free season emissions of 536.40, 631.69, and 677.60 mg CH4 m−2 d−1). We acknowledge that the equations used to estimate the winter fluxes are based on data which are not from ditches but from soils of forestry-drained and undrained peatlands (Ojanen et al., 2019). This is because winter ditch measurements have been conducted only in Lakkasuo and Lettosuo (Minkkinen and Laine, 2006; Korkiakoski et al., 2020). However, according to Eq. 2, the snowy season emission is comparatively low, only approximately 8%–16% of the snow-free season emission. This agrees well with the previous ditch data from Lakkasuo, where mean emissions in February were on average 16% of the mean snow-free season emissions (Minkkinen and Laine, 2006), and from Lettosuo, where winter emissions were negligible (i.e., ∼0% of the snow-free season emissions) (Korkiakoski et al., 2020).
The daily snow-free and snowy season emissions were converted into seasonal emissions [i.e., for snow-free (May-October, 184 days) and snowy season emission (Nov-April, 181 days)]. The yearly CH4 emission factor was then calculated as a sum of snow-free and snowy-season emissions for each measurement point. Thereafter, a study area specific emission factor was calculated for each ditch type as mean of all the ditch-type specific measurement points of the particular study area (Table 1). For some study areas, several emission factors were calculated for the same ditch type, if the measurement points represented several site types (Lakkasuo, Leppiniemi, Lylynneva, and Rantasuo), or the area consisted of two separate study sites (Koirasuo, Könölä) (Table 1). The calculated yearly emission factors are available in Dataset 4.
We tested first if site type or dataset type affected the analysis of the differences in yearly CH4 emission factors between different types of ditches. For that, we employed two-way analysis of variance (2-ANOVA). Two models were built, one with 2-type classification (i.e., between moss-covered and moss-free) and site type as factors, and another with 2-type classification and dataset type as factors. For the site type—factor, the study areas were grouped into two groups, 1. Nutrient-rich, including Herb-rich (Rhtkg I and Rhtkg II) and V. myrtillus type (Mtkg I and Mtkg II), and, 2. Nutrient-poor, including Vaccinium vitis-idaea (Ptkg), Dwarf-shrub (Vatkg), and Lichen type (Jätkg) (Table 1). For the dataset type—factor, there were also two groups, 1. Old data, measured during multiple years between 1996 and 2015, with long chamber closure time (20–35 min) and analyzed with GC, and, 2. New data, measured in 2021, with short chamber closure time (3 min) and analyzed with portable gas analyzer (See Table 1 and above for the description of the CH4 flux measurements).
After the preliminary 2-ANOVA analyses showing non-significant effect of site type and dataset type on CH4 emission factors (reported below in Results), the final tests on the differences in yearly CH4 emission factors between different types of ditches were done using t-test and one way analysis of variance (1-ANOVA) for the 2-type and 4-type classification schemes, respectively. Pairwise analyses following 1-ANOVA were conducted via t-test with Holm-Bonferroni adjustment of the p-value. Before t-tests and ANOVA analyses (1-ANOVA and afore-mentioned 2-ANOVA), the data were boxcox-transformed to improve the normality and variance homoscedasticity, which were tested using Shapiro-Wilk and Levene tests, respectively, and also inspected visually from residuals. Before boxcox-transformation, a constant (2 g/m2/y) was added to each value, to make all the values positive. In addition to t-test and 1-ANOVA, the differences in CH4 emission factors between ditch types were assessed via comparison of 95% confidence intervals, which were computed using a non-parametric bootstrap method due to non-normal distribution of the data. All the analyses were conducted in R (v. 4.1.1) (R Core Team, 2021) via R studio (v. 1.4.1106) (RStudio Team, 2020) using the packages MASS (v. 7.3.54) (Venables and Ripley, 2002), stats (v. 4.1.1) (R Core Team, 2021), car (v. 3.1.0) (Fox and Weisberg, 2019) and Hmisc (v. 4.7.0) (Harrell, 2022), and results visualized using the package ggplot2 (v. 3.3.6) (Wickham, 2016).
2.5 Estimation of the areal extent of different types of ditches in Finland
We estimated the areal extent of different types of ditches by 1) building a model to classify ditches into moss-covered and moss-free ditches, and 2) applying the classification model across Finland. We used SINKA database (Penttilä and Honkanen, 1986) to build the classification model. The SINKA database consists of a systematic subsample of the 7th National Forest Inventory field plots on drained peatlands. The field measurements were carried out in 1984–2013 in Southern Finland and in 2001–2013 in Northern Finland. Detailed descriptions of the SINKA data can be found in Penttilä and Honkanen (1986) and previous studies utilizing the data (Repola et al., 2018; Hökkä et al., 2020). In addition to tree stand properties, the field observations included various ditch properties such as depth, age, width, slope, ditch condition, and primary and secondary factors that diminish ditch condition (FDC). In this study, the FDCs were categorized into two classes: 1) Sphagnum mosses and 2) other reasons (such as grasses and weeds, erosion, siltation, logging residues, etc.). Sphagnum mosses were assumed to represent mosses in general as other moss species were not stated in the list of FDCs.
Before utilizing the SINKA data for model building, we checked the data to remove observations unsuitable for this study. In addition to the observations that were found suspicious by Hökkä et al. (2020), the following conditions were used in outlining the data. If ditch condition was marked as “good” or “almost good”, the FDC was allowed to be empty, but otherwise empty FDC observations were removed from the data. Only the ditches made by excavator and ditches classified as drainage ditches (lateral ditches) were included in the model building. Older digging methods were excluded to keep the data consistent with the currently existing forest ditches. FDC was included in the list of observations in the SINKA data only after 1990, which also limits the amount of data.
For model building, the ditches were classified as moss-covered if either primary or secondary FDC was Sphagnum. The accepted data consisted of 2,922 observations of which 1,358 (46%) were moss-covered ditches. The data were shuffled, and similar amount of moss-covered and moss-free observations were picked for model building. The data were divided into training (70%) and validation (30%) data sets to build a random forest (RF) classification model. The model was built using the randomForest package (v. 4.7–1.1) (Liaw and Wiener, 2002) in R. We tested multiple variable combinations and calculated classification error for moss-covered and moss-free ditches using the validation data set (Dataset 5; Dataset 6). In addition, we calculated errors for Southern Finland (north coordinate <7,200 000 in EPSG:2,393 projection) and Northern Finland to make sure the model would not produce geographically biased results. As the tested models tended to overestimate moss-covered ditches in the south and underestimate them in north, we also calculated over/underestimation percentage for both areas. The model for classifying the ditches was chosen based on 1) the availability of data to apply the model across Finland, and 2) the ability of the model to produce accurate and unbiased results for both ditch types and in the south and the north.
To apply the classification model across Finland, we constructed a spatial dataset where forestry-drained peatlands were segmented and assigned with various properties, similar to that described by Haakana et al. (2022). The segmented dataset covered whole Finland. The properties of each segment included segment area, length of ditches, stand volume separately for tree species, site fertility class, elevation, and temperature sums. Stand data were obtained from multisource national forest inventory data. Ditch lengths were calculated as a sum of ditch lines overlapping each segment. Ditch lines and elevation were available as open data from the National Land Survey of Finland. Temperature sums (above 5°C) were obtained from Finnish Meteorological Institute open data and presented as mean values from years 1980–2010. Ditch ages (latest ditching years) were obtained from the Finnish Forest Centre open data. Ditch age was available for 47% of the total ditch area. The classification model was then applied for the segmented data, and as a result the shares of moss-covered and moss-free ditches within Finland were obtained. The areas of both ditch types were calculated assuming 1 m ditch width similarly to the procedure in national GHG inventory (NIR Finland, 2022).
3 RESULTS
3.1 Measured CH4 fluxes in 2021
In this study, we report the temporal variation of ditch CH4 emissions in different types of ditches in detail for the dataset gathered in 2021. The other datasets (from 1996 to 97, 2011, 2012 and 2014–15, see Table 1) were only used in calculations of the CH4 emissions factors (see further). To observe the temporal variation in different types of ditches of the other datasets, we encourage the reader to utilize the CH4 flux data published in Dataset 1.
Overall variation in ditch CH4 fluxes was high, ranging from −412–4,012 µg CH4 m−2 h−1 across the whole dataset, and from −412–3,666 μg CH4 m−2 h−1, from −287–3,816 µg CH4 m−2 h−1 and from −165–4,012 µg CH4 m−2 h−1 for the nutrient-rich peatland forests Ränskälänkorpi, Lettosuo and Paroninkorpi, respectively (Table 2). In addition to the considerable temporal dynamics, which was especially apparent in moss-free ditches, this variation was caused by differences in the vegetation community between the measurement points (Figure 1). The CH4 fluxes were generally higher at moss-free (i.e., open water) measurement points than at moss-covered points (Figure 1). The latter ones could even turn into CH4 sinks occasionally during July-August in Ränskälänkorpi and Lettosuo (Figures 1A, B), which was associated with dry conditions, i.e., high air and ditch temperature (Supplementary Figures S20–23) and lowered WT (Supplementary Figure S24). Furthermore, moss-covered points with vascular plants had occasionally higher CH4 fluxes than moss-covered points which were vascular plant - free (Figure 1). The CH4 fluxes at moss- and vascular plant - covered measurement points were even higher than at plant-free (i.e., moss- and vascular plant—free) points in Ränskälänkorpi in June and July and in Paroninkorpi in July (Figures 1A, C). In the Lettosuo study area, it was also possible to compare CH4 flux between measurement points covered by two different moss genera (Figure 1B). The magnitude and temporal variation in CH4 flux profiles were quite similar between points covered by Polytrichum and Sphagnum mosses (Figure 1B). Yet, CH4 sink was slightly more efficient in Polytrichum- than in Sphagnum-covered measurement points during July, and Polytrichum - covered points had higher CH4 emissions in late September (Figure 1B).
TABLE 2 | Average, median and range of CH4 emission/sink measurements from ditches of boreal forestry-drained peatlands in Finland and in other countries.
[image: Table 2][image: Figure 1]FIGURE 1 | Temporal variation of measured CH4 flux in different types of measurement points of ditches (average +/- SE) at (A) Ränskälänkorpi, (B) Lettosuo, and (C) Paroninkorpi forestry-drained peatland area in 2021.
3.2 CH4 emission factors
The ditches in the whole dataset consisting of 21 study areas were classified using 2-type and 4-type classification schemes (Table 1, Dataset 1). According to the preliminary 2-ANOVA analyses, ditch type (i.e., moss-free and moss-covered) had an effect (p < 0.05), while either the site type (nutrient-rich vs. nutrient-poor) or the dataset type (old data 1996–2015 vs. new data 2021) did not affect the CH4 emission factor (p > 0.05, Supplementary Figures S25, S26). However, there was a tendency, albeit only marginally significant (0.05 < p < 0.10), for the CH4 emission to be lower in nutrient-rich than in nutrient-poor sites (Supplementary Figure S25). In addition, based on visual observation of the Supplementary Figure S26, the CH4 emission factor tended to be lower, albeit not statistically significantly, in the new than in the old dataset. As the new dataset consisted only of nutrient-rich sites (i.e., Rhtkg or Mtkg, Table 1), we cannot conclude to what extent the marginally significant differences in CH4 emission factor between the nutrient-rich and the nutrient-poor sites stem from differences in fertility and to what extent from differences in methods between the old and the new datasets (see Materials and Methods). Therefore, and given the non-significant effects of site and dataset type on CH4 emission factor, we decided to calculate the final CH4 emission factors only for different ditch types irrespective of the site type (Table 3).
TABLE 3 | CH4 emission factors [mean, standard error (SE), 95% confidence interval (CI), range and number of replicates (N)] for different types of ditches of boreal forestry-drained peatlands in Finland. Different letters in D column show statistical differences between ditch types in the 2-type (t-test, t (31) = −4.0336, p < 0.001) and 4-type classification schemes (1-ANOVA, F (3, 33) = 10.53, p < 0.001; Pairwise t-test with Holm-Bonferroni adjustment of the p-value, p < 0.05), which were also further confirmed by comparison of 95% CIs (i.e., non-overlapping 95% CIs indicate significant difference). The Tier 1 CH4 emission factor (mean, 95% CI and N) for ditches of drained forest land and drained wetland of temperate and boreal area is shown for comparison.
[image: Table 3]In the 2-type classification scheme, the CH4 emission factor for moss-covered ditches was approximately 1/8 of that for moss-free ditches (Table 3; Figure 2). In the 4-type classification scheme, the CH4 emission factor was lowest for Sphagnum-covered, vascular plant-free ditches, being approximately 1/6 of that for Sphagnum- and vascular plant-covered ditches. The highest emission factors were estimated for plant-free ditches (Table 3; Figure 3). They were approximately 41 and 7 times as high as for the Sphagnum-covered, vascular plant-free and Sphagnum- and vascular plant—covered ditches, respectively (Table 3; Figure 3). The second highest emission factor was observed for moss-free, vascular plant-covered ditches, which differed statistically significantly only from Sphagnum-covered, vascular plant-free ditches (Table 3; Figure 3). Emission factors were also calculated for rare ditch types (those represented by ≤ 2 replicate estimates) including ditches covered with Polytrichum (moss), co-covered with Polytrichum and Sphagnum, and co-covered with Calliergon (moss), Polytrichum, Sphagnum and vascular plants, with the values of same magnitude as Sphagnum-covered, vascular plant-free ditches in the 4-type classification scheme (Table 3). These data were included in analyses based on the 2-type classification (in the type of moss-covered ditches) but was left out from the analyses based on the 4-type classification.
[image: Figure 2]FIGURE 2 | CH4 emission factors in the 2-type classification scheme of ditches of boreal forestry-drained peatlands. Shown are average ± SE (in black) calculated from the replicate observations (in grey). The difference between the groups is statistically significant (t-test; t (31) = −4.0336, p < 0.001).
[image: Figure 3]FIGURE 3 | CH4 emission factors in the 4-type classification scheme of ditches of boreal forestry-drained peatlands. Shown are average ± SE (in black) calculated from the replicate observations (in grey). Different letter (top-part of the figure) denote significant pairwise differences between groups (1-ANOVA, F (3, 33) = 10.53, p < 0.001; Pairwise t-test with Holm-Bonferroni adjustment of the p-value, p < 0.05).
The mean and 95% confidence interval of the default Tier 1 emission factor for CH4 emissions of ditches of drained forest land and drained wetland of temperate and boreal area (IPCC, 2014) was compared with those developed in this study for different types of ditches of forestry-drained boreal peatlands of Finland (Table 3). Based on the comparison of means and overlapping 95% confidence intervals, the Tier 1 emission factor is similar to our estimates of average CH4 emission factors for moss-free ditches in the 2-type classification scheme and Sphagnum-free vascular plant-covered and plant-free ditches in the 4-type classification schemes (Table 3). In contrast, it is 8 times as high as our estimates for moss-covered ditches in the 2-type classification scheme, and 36 times as high as our estimates for Sphagnum-covered vascular plant-free ditches in the 4-type classification scheme (Table 3). It is also 6 times as high as our estimates for Sphagnum-and vascular plant - covered ditches in the 4-type classification scheme, yet there is slight overlap in the 95% confidence intervals (Table 3). The Tier 1 emission factor is also higher than those estimated for the rare ditch types, i.e., those including also other moss taxa than Sphagnum (Table 3).
3.3 Estimation of the areas of various ditch types
We estimated the area of moss-covered and moss-free ditches of forestry-drained peatlands of Finland. The tested RF classification models produced overall errors with validation data varying from 11% to 19%. Based on mean decrease in accuracy, the most important variables included ditch properties (age, depth, and width) and those related to climatic conditions (north coordinate, temperature sum, and elevation), and peat layer thickness (Dataset 5). In addition, including site fertility, tree species type (coniferous/deciduous), or ditch spacing among the variables improved model performance in many cases. Models RF1, RF3, RF5, and RF25 provided the lowest average of different error types (<12%). Most of the tested models had a tendency to underestimate the area of moss-covered ditches in the north. The model selected for application over Finland (RF25) was able to produce relatively unbiased results with low errors (11%–13%).
The selected model (RF25) included ditch age, north coordinate, elevation, and temperature sum as continuous variables and site fertility as a class variable (Figure 4, Supplementary Figure S27). In nutrient poor sites (V. vitis-idaea type (Ptkg), Dwarf-shrub type (Vatkg)), older age increased the probability of moss-coverage in a ditch until the ditch was 40 years old (Figure 4E). In more fertile sites (Herb-rich type (Rhtkg), V. myrtillus type (Mtkg)), moss-coverage increased until ditch was 30 years old (Figure 4F). North coordinate, elevation, and temperature sum together represent climate conditions in the classification model. The probability of moss coverage increased towards warmer conditions in all ditches (Figures 4A–D). However, the effect was more substantial in less fertile sites.
[image: Figure 4]FIGURE 4 | Demonstration of classification model RF25 results using regular point grid (10 km spacing within whole Finland, resulting in 3,829 grid points) and varying ditch age (0, 10, ..., 90 years) separately for nutrient poor (A,C,E) and nutrient rich sites (B,D,F). In total, there were 76,580 points to classify. Note that the distributions demonstrate model performance within the 76,580 points, and thus the figures do not represent the real distributions of moss-coverage in Finland since the geographical distribution of ditches and their parameters are different in reality. Note also that the grey bars in the figure represent the areas where the orange and blue bars for moss-covered and moss-free ditches overlap.
Ditch age was available for 47% of the total ditch area. Ditch age varied from 1 to 115 years with mean age being 37 years. The model RF25 was applied over these ditches, and model RF42 was applied to ditches with missing ditch age data. With an overall error of 19%, the model RF42 did not perform as well as models with ditch age as a variable (Dataset 5). A small percentage of ditches did not have all the required variables available for the selected models, and it was assumed that the proportions of moss-covered and moss-free ditches in the results also represent those ditches (Table 4). Applying the models for the segmented data over Finland resulted in 68,359 ha (67%) of moss-covered ditches and 33,349 ha (33%) of moss-free ditches. In southern Finland, 79% of the ditches were classified moss-covered, while in northern Finland 41% were moss-covered. 69% of the ditches were located in southern Finland (70,322 ha).
TABLE 4 | Drained peatland areas and ditch areas in all segmented data and within the data where parameters were available for application for the random forest classifiers RF25 (segments with ditch age available) and RF42 (segments without ditch age available) (see Datasets 5 and 6).
[image: Table 4]3.4 Ditch CH4 emissions of forestry-drained boreal peatlands in Finland
With the mean emission factors (Table 3) and estimated ditch areas for moss-covered and moss-free ditches (Table 4), the total ditch CH4 emissions for Finland were 8,600 t a−1 (Table 5). Overall variation in CH4 emissions caused by the 95% confidence level of the emission factor was from 4,000 t a−1 (−54%) to 14,100 t a−1 (+63%).
TABLE 5 | Ditch areas and CH4 emissions for moss-covered and moss-free ditches in Finland. The shares of moss-covered and moss-free ditch areas (Table 4) are based on the results from models RF25 and RF42 (see Datasets 5 and 6). For emission factors (mean and 95% confidence interval (CI)), see Table 3.
[image: Table 5]4 DISCUSSION
Our results show that the currently used IPCC Tier 1 emission factor likely overestimates CH4 emissions of ditches of boreal, forestry-drained peatlands in Finland through large overestimation of the emissions of moss-covered ditches, irrespective of whether they harbor potentially CH4 conducing vascular plants (Table 3; Figures 2, 3). Consequently, the usage of the here-developed emission factors and the ditch-type specific areal estimates would lead to a 63% lower estimate of ditch CH4 emissions than previously estimated for the greenhouse gas reporting in Finland (Table 5). Based on the comparison of hourly CH4 fluxes between foreign datasets and the compiled Finnish dataset used for calculation of the CH4 emission factors in this study, the magnitude of CH4 fluxes from ditches of forestry-drained peatlands is not generally different between Finland and other countries (Table 2). This suggests that the Tier 1 emission factor overestimates CH4 emissions of ditches of forestry-drained boreal peatlands also in other countries than in Finland.
4.1 CH4 fluxes of ditches of Ränskälänkorpi, Lettosuo and Paroninkorpi
Overall, the CH4 fluxes measured from the ditches of the three relatively nutrient-rich peatland forests in southern Finland (study sites in Ränskälänkorpi, Lettosuo and Paroninkorpi) in 2021 were of similar magnitude as measured previously for the Finnish site Kalevansuo and study areas in Sweden (Table 2). However, the fluxes were generally lower than measured previously for other Finnish sites as well as for study areas in Canada (Table 2). It is not in the scope of this study to assess the factors affecting differences in CH4 emissions between study areas. However, it can be speculated that the differences between our study and the study from Canada can be due to much younger ditches (ditches dug 7 years before sampling) in the Canadian study area (Roulet and Moore, 1995) than in Ränskälänsuo, Lettosuo and Paroninkorpi (>50 years) (Laurila et al., 2021; Palviainen et al., 2022) during the time of measurements. For Lettosuo, the fluxes measured in this study in 2021 were at the lower end of range measured previously in 2015–2017 (Table 2). This can be due to higher summer temperatures (higher than the 30-year average, Supplementary Figure S21) in 2021 than in 2015–2017 (generally lower than the 30-year average) (Korkiakoski et al., 2020).
The higher fluxes in moss-free than in moss-covered measurement points, and the occurrence of occasional CH4 sinks in moss-covered points (Figure 1), agree with results from previous studies (Minkkinen and Laine, 2006; Korkiakoski et al., 2020). This may be explained by active CH4 - consuming bacteria (methanotrophs) living in and on mosses, especially in and on Sphagnum mosses (Raghoebarsing et al., 2005; Kolton et al., 2022), and in water and sediments below the mosses. In fact, the moss-covered measurement points of two study areas, Ränskälänkorpi and Lettosuo, turned into net CH4 sinks in mid-summer when the WT was at relatively low level (Figures 1A, B; Supplementary Figure S24). This was probably due to decreased WT inducing aerobic conditions and consequently increasing aerobic CH4 oxidation and decreasing in situ methanogenesis. This condition agrees with that in the strips of forestry-drained peatlands which are usually net CH4 sinks (e.g., Huttunen et al., 2003; Korkiakoski et al., 2020). Input of dissolved CH4 from surrounding peat strips via drainage and ground water can be also expected to be lower during periods of low WT, which further decreases emissions from ditches. In addition, it has been shown that Sphagnum leachates potentially inhibit methanogenesis further decreasing methane emissions from moss-covered ditches (Medvedeff et al., 2015).
A slightly stronger occasional CH4 sink was noticed in Polytrichum-covered than in Sphagnum-covered measurement points, and there was also general similarity in the extent and temporal variation in net CH4 fluxes and sinks between Polytrichum and Sphagnum—covered points in Lettosuo (Figure 1B). This suggests that besides Sphagnum, methane oxidation may be associated also with Polytrichum mosses, but further studies are needed to confirm whether Polytrichum mosses harbor active methanotrophs in or on their cells, or whether methanotrophs inhabit the surface sediment or peat below the moss. The occasional high fluxes from moss-covered measurement points having vascular plants also agree with previous studies and is likely due to CH4 being conducted through the aerenchyma of the plants into atmosphere, bypassing the sediment, peat, water and moss-associated methanotrophs (Figure 1) (Schimel, 1995; Frenzel and Karofeld, 2000; Minkkinen and Laine, 2006). Furthermore, plant root exudates can also increase methane production (Waldo et al., 2019).
In addition to the absence of moss-associated methanotrophs, the high CH4 emissions from moss-free open water ditches can be also partially due to higher input of dissolved CH4 from surrounding peat strips via drainage and ground water. Contribution of strip CH4 in ditch emissions has been considered to be especially important in moss-free ditches with moving water, which have much higher CH4 emissions than those with stagnant water (Minkkinen and Laine, 2006; Sirin et al., 2012).
4.2 CH4 emission factors
CH4 emissions from moss-free ditches were much higher than those from moss-covered ditches and the presence of vascular plants increased CH4 emissions from moss-covered ditches (Table 3; Figure 2; Figure 3). These results are consistent with earlier studies (Minkkinen and Laine, 2006; Korkiakoski et al., 2020). Interestingly, there was also a tendency, albeit not statistically significant, for the presence of vascular plants decreasing CH4 emissions from moss-free ditches compared to those without vascular plants (Table 3; Figure 3). As vascular plants can be speculated more likely to take root in stagnant than in flowing water, we assume that the presence and absence of vascular plants in moss-free ditches can reflect water flow dynamics in ditches. Hence, the moss-free ditches with vascular plants more likely include ditches with stagnant water than those without vascular plants. As discussed above, the CH4 emissions are lower from ditches with stagnant than with flowing water (Minkkinen and Laine, 2006; Sirin et al., 2012).
It should be noted here that our estimates on the CH4 emission factors are based on diffusive fluxes, hence, excluding possible ebullition (see Material and Methods). The only existing studies on CH4 ebullition of ditches of boreal forestry-drained peatlands were done in one of our study sites, Lakkasuo, and showed no ebullition in vegetated ditches (Sphagnum and vascular plants) but only in non-vegetated, open water ditches, yet contributing there only 0.2%–22% of the diffusive flux (Minkkinen et al., 1997; Minkkinen and Laine, 2006). Furthermore, our non-quantitative measurements in a non-vegetated, open water ditch in Ränskälänkorpi also suggest that ebullition occurs only infrequently (see Materials and Methods). Hence, our estimates on ditch CH4 emissions can be underestimated, but we do not consider this to affect the major patterns detected in this study. However, due to the rarity of the ebullition data, we think that there is a need for further studies on the quantitative importance of ebullitive CH4 fluxes of different types of ditches of boreal forestry-drained peatlands.
We also acknowledge that there are subjective factors causing uncertainty in the CH4 emission results. As the CH4 measurements from wet surfaces are prone to interferences (gas leaks, unwanted chamber movement, measurement-induced ebullition, and analyzer malfunction), the measurement quality can differ between different persons conducting the measurements. In addition, the post-measurement manual screening of the concentration-time graphs to detect and discard the interfered flux data is partially a subjective process. The visual but not statistically significant difference in CH4 emissions between old data (1996–2015) and new data (2021) (Supplementary Figure S26) also hints towards the possibility that the new measurement method (i.e., short chamber closure time; portable gas analyzer) would lead to lower estimates of CH4 emissions than the old method (long chamber closure time; GC) used in majority of the previous studies (Supplementary Table S1). This could be tested in future studies, because the new method is being increasingly used. We also acknowledge that the calculation of the CH4 emission factors was based on a simplified approach, i.e., calculation of mean snow-free season CH4 emission and estimation of the snowy season emission from the snow-free season emission using published equations (see Materials and Methods). Future studies could also measure snowy season emissions, despite they should not much affect the yearly CH4 emission estimate (i.e., are only on average 0%–16% of snow-free season emissions) of ditches of boreal, forestry-drained peatlands (Minkkinen and Laine, 2006; Korkiakoski et al., 2020). In future, process-based modelling, taking into account factors known to affect microbial processes and ditch CH4 emissions, e.g., temperature, hydrological conditions, water movement, water quality, vascular plant and moss community, and moss-associated methanotrophy, could be useful in even more accurate estimations of ditch CH4 emissions and in predicting their changes under changing climate and forestry and land-use practices.
Within time, the majority of ditches of forestry-drained peatlands can be expected to be covered by mosses. For instance, in southwestern Finland mosses typically cover 35% and 43% of the ditches already 5 or 10 years after ditch cleaning, respectively (Silver and Joensuu, 2005). Also, in our model (RF25), age increased the probability of moss-coverage in a ditch until the ditch was 30–40 years old (Figures 4E, F; Supplementary Figure S27). Based on our results on the much lower CH4 emissions estimated for moss-covered than for moss-free ditches, ditch age leads to decreased CH4 emissions. Active ditch network maintenance via ditch cleaning, i.e., removal of soil, moss and other plants from ditches, is a typical forestry practice to sustain and improve the drainage conditions of forest soils (Nieminen et al., 2018). In rotation forestry, which is the most common forest management method in Finland and the other Nordic countries, ditch cleaning is applied to lower the increased water table level, caused by decreased evapotranspiration after clearcutting, to enhance growth of new tree seedlings. Based on our results, removing moss-cover of the ditches is expected to increase their CH4 emissions. Hence, this suggests that the current practice in Finland, towards minimizing ditch network maintenance (i.e., ditch cleaning) to decrease the discharge of suspended solids, would also decrease the ditch CH4 emissions.
However, according to the only existing study, a case study from Sweden, on the effects of post-harvest ditch cleaning on ditch CH4 emissions in forestry-drained peatlands, cleaned ditches have lower CH4 emissions than uncleaned ditches during the first 2 years after ditch cleaning (Tong et al., 2022). This can be due to higher occurrence of water-logged conditions in uncleaned than in cleaned ditches (Tong et al., 2022). Waterlogged conditions likely enhance methanogenesis via anaerobiosis. Furthermore, in uncleaned ditches, vascular plants likely conduct CH4 to the atmosphere and generate labile methanogenic compounds. However, the ditches studied by Tong et al. (2022) were relatively dry, which may have had increased soil aeration leading to decreased CH4 emissions via increased and decreased within-ditch CH4 oxidation and methanogenesis, respectively. Dry conditions (low WT) can be also expected to have decreased ditch CH4 emissions via decreasing CH4 transport from strips to ditches. The contrary outcomes by our study and Tong et al. (2022) suggests that the effects of ditch cleaning on ditch CH4 emissions depend on the hydrological conditions and the prior extent and quality of plant and moss coverage, and, thus, require further studies. However, it must be noted that while Tong et al. (2022) compared the CH4 emissions of newly cleaned ditches to those of old ditches, the ditches in our dataset had not been cleaned lately making it difficult to directly compare the studies. Furthermore, in contrast to Tong et al. (2022) including only one study area, our dataset of 21 study areas covered ditches of varying hydrological conditions (from dry to wet) and study years with varying temperature and precipitation compared to the 30-year average (Supplementary Figures S2–S22). Hence, combining data from these 21 study areas, we can generalize to ditches of boreal forestry-drained peatlands to conclude that removal of moss-cover via ditch cleaning likely increases CH4 emissions from ditches.
It should be, however, noted, that without ditch cleaning after clearcutting, the increase in the water table level can cause the CH4 sink of forest floor to decrease and can even turn the forest floor to a CH4 source (Korkiakoski et al., 2019). In contrast, in continuous cover forestry, where only part of the tree stand is removed in cuttings, ditch cleaning is not necessary, since the water level is kept at a sufficiently low level by sustained evapotranspiration (Leppä et al., 2020a; Leppä et al., 2020b). Consequently, as suggested by results of Korkiakoski et al. (2020), the forest floor CH4 emissions do not increase after partial harvesting. Recent modelling results also suggest that financially profitable continuous cover forestry may be sustained without ditch network maintenance when the post-harvest basal area is higher than 10 m2 ha-1 (Juutinen et al., 2021).
Soil preparation after clearcuttings, via mounding and scalping, can also affect the forest floor CH4 emissions (Pearson et al., 2012). In addition to mounding, ditch-mounding is an often-applied method to create mounds for tree seedlings to enhance their growth. Digging of the mound material results in shallow ditches, which can affect water flow directions but do not belong to the main ditch networks and hence have only marginal effects on the drying process of forestry-drained peatlands. The surface area of ditches resulting from ditch-mounding is currently not known but can be reasonably large. Their CH4 emissions are also not taken into account in the national GHG inventory (NIR Finland, 2022). Given the high CH4 emissions detected in this study for plant-free ditches, we suggest that the CH4 emissions of the ditches resulting from ditch-mounding should be taken into account in future GHG inventories.
4.3 CH4 emissions from ditches of forestry-drained peatlands in Finland
Our results suggest that ditch CH4 emission estimate for Finland (Table 5) may be clearly smaller (8,637 t a−1) than previously estimated for the greenhouse gas reporting (23,203 t a−1) (NIR Finland, 2022). This is a result of the lower emission factors for moss-covered ditches that were discussed above, and the proportions of ditch area estimates for ditch types. We estimated that 67% of the ditches were moss-covered. Silver and Joensuu. (2005) found that in southwestern Finland mosses typically cover 35% and 43% of the ditches already 5 or 10 years after ditch cleaning, respectively. The average ditch in Finland is most likely older because ditch cleaning is recommended at 20–40-year intervals (Vanhatalo et al., 2019). Thus, it can be assumed that in southern Finland the moss-coverage would be clearly over 43%. Based on the restricted SINKA data, which covered wider geographic area, average ditch age was 18 and 19 years, and the share of moss-covered ditches was 53% and 38% in southern and northern Finland, respectively. The higher proportion of moss-covered ditches can be at least partly explained by the older ditches in the data used in this study. The occurrence of ditch cleaning has been strongly decreasing in Finland in the last 20 years (Natural Resources Institute Finland, 2022), which could explain the high mean age of ditches.
The random forest model was based on drainage ditches which leads to uncertainties in estimating other ditch types. Collector ditches and main ditches are typically deeper and carry more water which increases the possibility for erosion. Applying our classification model to such ditches could overestimate the moss-coverage because ditch depth data was not available. However, drainage ditches are the most typical ditch type in forestry drainage and thus the overall overestimation should not be large.
In the selected classification model (RF25), the probability for moss-covered ditches increased with ditch age until ditches were 30–40 years old (Figures 4E, F; Supplementary Figure S27). After that the situation was quite stable. This could indicate that moss-coverage is established within 40 years if it is established at all. In fertile sites, moss coverage was established sooner than in less fertile sites. However, it should also be noted that most of the ditches in the training data were less than 40 years old which could lead to stable classification results in older ditches. In the model results, the probability for moss-coverage was higher in less fertile sites (Figure 4). Such a trend can also be seen in the sites listed in Table 1. Silver and Joensuu. (2005) also found out that Sphagnum moss coverage in peatland ditches was higher in less fertile sites. Possible reasons could include that Sphagnum mosses typically grow in nutrient poor sites and light conditions in ditches are more favorable in less fertile sites with sparser tree stands. Sparser tree stand can also help in keeping water table level from falling below ditch bottom level during dry periods which can be beneficial for mosses. However, the specific mechanisms behind the differences caused by site fertility remain unclear and require further studies.
5 CONCLUSION
Moss-free ditches may have several times higher methane emissions than moss-covered ditches in forestry-drained boreal peatlands. The IPCC default Tier 1 emission factor significantly overestimates CH4 emissions of moss-covered ditches of forestry-drained boreal peatlands in Finland and the use of ditch type-specific emission factors can improve substantially the accuracy of ditch emissions estimates. The majority of the ditches (67%) were classified as moss-covered ditches, which together with the new emission factors resulted in 63% lower CH4 emission estimate for ditches of peatland forests in Finland than in the current GHG inventory. Furthermore, our results indicate that the current practice in Finland to minimize ditch-network maintenance by ditch cleaning will likely decrease CH4 emissions from ditches, since old moss-covered ditches have very low CH4 emissions.
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Boreal peatlands are considered sinks for atmospheric mercury (Hg) and are important sources of methylmercury (MeHg) to downstream ecosystems. Climate change-driven increases in average annual temperature in coming decades will be amplified at higher latitudes and will modify many biogeochemical processes in high boreal and subarctic peatlands that are important landscape features in these regions. Changes in water quality are an important issue for Northern ecosystems and fish consumers, and the directionality of changes in mercury levels due to climate warming presents considerable uncertainty. Peatlands are key landscape hotspots for MeHg production, however, the impact of climate warming on Hg cycling in boreal peatlands is not well studied. We use a multi-year field-based warming experiment (2 years passive, 1 year active ground warming) across two boreal peatland types (moss and sedge dominated) to explore the effects of ground warming on inorganic Hg (IHg) release, net MeHg production, and biogeochemical controls on both of these processes including the availability of sulfate (SO42−) and dissolved organic matter (DOM) quality and concentration. There were higher porewater IHg and MeHg concentrations under active ground warming conditions in both peatlands, likely related to both increased microbial metabolism, and changes in biogeochemical conditions that favor Hg methylation. Both SO42− (electron acceptor) and bioaccessible DOM (electron donor) are nutrients for sulfate-reducing bacteria which are dominant Hg methylators in freshwater environments, and increases in SO42− and/or bioaccessible DOM concentrations under warming played an important role in the observed changes in net MeHg production. Warming increased SO42− concentrations in the sedge-dominated but not in the moss-dominated fen likely because of a larger pool of groundwater derived SO42− in the sedge-dominated site. Warming increased DOM concentration in both peatland sites through enhanced decomposition of peat and increased release of root exudates from vascular plants, and the balance of these processes varied by peatland type and degree of warming. Experimentally increased ground temperatures increased microbial metabolism, organic matter turnover, and the availability of IHg all of which resulted in increases in porewater MeHg, indicating that climate-driven ground warming will increase MeHg production in northern peatlands in the future.
Keywords: mercury, methylmercury, climate change, wetland, sulfate, dissolved organic matter
1 INTRODUCTION
The Earth’s climate is warming due to the increase in atmospheric greenhouse gasses driven mainly by anthropogenic fossil fuel combustion (IPCC, 2018). The IPCC (2018) special report states that the mean global temperature will reach at least 1.5°C above pre-industrial levels between 2030 and 2052 and higher latitudes of the northern hemisphere are experiencing greater rates of change in air temperature with increases of 6°C or greater (Brigham et al., 2009). Northern peatlands are particularly vulnerable to warming due to changes in hydrology (Tarnocai, 2009), primary productivity (McPartland et al., 2020) and community composition (Dieleman et al., 2015; Kolari et al., 2021), and biogeochemical cycles, particularly carbon (Dieleman et al., 2016; Zhang et al., 2020). Much of this is through warming-induced drying of peatlands by increasing evapotranspiration (Tarnocai, 2009; Helbig et al., 2020) which can decrease carbon accumulation (Zhang et al., 2020). Warming is also shown to increase vascular plant abundance and biomass and decrease Sphagnum spp. cover (Buttler et al., 2015; Dieleman et al., 2015), modifying organic matter cycling and carbon storage potential.
Mercury (Hg) is a global pollutant due to its ubiquitous distribution and anthropogenic enrichment (Driscoll et al., 2013). Mining, coal combustion, and cement manufacturing are the largest sources of global Hg emissions and largely responsible for increasing Hg concentrations in the atmosphere many-fold above pre-industrial levels (Streets et al., 2019). Inorganic Hg (IHg) can be converted into the toxic and bioaccumulating form methylmercury (MeHg) in anaerobic environments (e.g., lake sediments and peatlands) by sulfate-reducing bacteria (SRB) (Gilmour et al., 1992), iron-reducing bacteria (FeRB) (Fleming et al., 2006; Kerin et al., 2006), methanogenic archaea (Hamelin et al., 2011), and other syntrophic and acetogenic bacteria (Gilmour et al., 2013) although SRB are primary methylators in most freshwater environments. MeHg is a potent neurotoxin that can affect the nervous, immune, and reproductive systems of vertebrates (see review by Clarkson and Magos, 2006). Owing to its lipophilic and protein-binding properties, MeHg bioaccumulates and biomagnifies in food webs, posing a threat to upper trophic level wildlife and humans (Mergler et al., 2007).
Climate change is expected to substantially change the cycling of Hg, with local to regional scale implications (Driscoll et al., 2013; Krabbenhoft and Sunderland, 2013). These impacts may be direct such as increasing the amount of IHg available for methylation, as well as amplifying the methylation process itself. A warming environment has been directly linked to the release of IHg from degrading permafrost to nearby aquatic ecosystems (Ci et al., 2020; Mu et al., 2020; Schaefer et al., 2020). As a microbial process, it is not surprising that both laboratory (King et al., 1999; St Pierre et al., 2014; Yang et al., 2016) and field studies (Hurley et al., 1998; Hudelson et al., 2020) have found that higher temperatures favor net MeHg production (Canario et al., 2007). Several studies have attributed increased water MeHg concentrations to global warming (MacMillan et al., 2015; Yang et al., 2016).
Boreal peatlands are important “hotspots” of net MeHg production (Branfireun et al., 1999; Mitchell et al., 2008a), and temperature-mediated changes in the metabolism of Hg methylators and Hg availability would be expected in these ecosystems as well.
In addition to these direct effects, climate warming can also indirectly affect Hg methylation through hydrologic fluctuation (Coleman-Wasik et al., 2015), drought-induced wetting and drying cycles can lead to cycling in redox conditions (Helbig et al., 2020), an important factor for net MeHg production (Ullrich et al., 2001). Furthermore, a receding water table driven by climate warming increases the oxidative release of Hg and Hg methylator nutrients, such as sulfate (SO42-) and dissolved organic matter (DOM) (Haitzer et al., 2003). It has also been shown that higher temperatures may also increase the gaseous evasion of S compounds (e.g., hydrogen sulfide and carbonyl sulfides) from boreal peatlands and consequently decrease net MeHg production over time. Predicted changes in peatland plant biomass and community composition under climate warming (Dieleman et al., 2015; Mäkiranta et al., 2018) may also affect Hg methylation, given that plant biomass and community composition controls litter and root characteristics, which influence soil and pore water DOM quantity and bioaccessibility (Mastný et al., 2018).
Peatlands of the circum-boreal region of the northern hemisphere represent a relatively small but important land cover class with respect to carbon storage and the regulation of water quality. Moss-dominated (i.e., Sphagnum) and sedge-dominated (e.g., Carex) fen peatlands are both equally important types of boreal peatlands in Canada, however sedge-dominated more nutrient rich peat-accumulating wetlands are under-represented in the scientific literature relative to moss-dominated systems despite their nearly equal proportion by area in Canada (Wu and Roulet, 2014). Importantly, the potential shift of moss-dominated fens toward a much higher proportion of vascular plant (graminoid) cover due to warmer temperatures and elevated atmospheric CO2 (Dieleman et al., 2015) has significant implications for not only carbon cycling, but other biogeochemical processes that are linked to microbial metabolic processes, such as Hg methylation.
Given the wide ranging implications of future warming on northern peatland biogeochemistry, this study was conducted to assess the impact of experimental ground warming on the net MeHg production in two boreal peatlands: a Sphagnum moss-dominated fen and a Carex sedge-dominated fen peatland. Specifically, this study sought to (1) determine the effect of ground warming on IHg and MeHg concentrations in pore waters, and the net MeHg production potentials of the two fens, (2) characterize the importance of pore water chemistry including SO42− concentrations and DOM concentrations on IHg and MeHg concentrations, and the characteristics that explain among-temperatures differences in pore water IHg and MeHg concentrations, and (3) compare the among-fens differences in concentrations of IHg, MeHg and SO42− and concentrations and characteristics of DOM.
2 METHODS
2.1 Study sites
The Biological Response to A Changing Environment (BRACE) experiment was established in 2012 associated with two adjacent peatlands that differ in vegetation composition (moss vs. sedge-dominated), hydrology, and nutrient status (low vs. intermediate) maintained as long-term monitoring sites by the Ontario Ministry of Natural Resources and Forestry–Ontario Forest Research Institute (OMNRF-OFRI). The peatlands are located ∼2 km apart in an 817 ha sub-watershed of the Lake Superior basin near White River, Ontario, Canada (48°21’ N, 84°20’ W). Both peatlands are fen peatlands and share a surrounding catchment of mixed-wood coniferous and deciduous forests. The sedge-dominated fen has lower plant species richness with a high abundance of Carex spp. sedges and a low shrub overstory mainly of sweet gale [Myrica gale L.] with some leatherleaf [Chamaedaphne calyculata L. Moench]. The moss-dominated fen has a near-continuous groundcover of Sphagnum spp. mosses, with a low shrub cover of leatherleaf, Labrador tea [Rhododendron groenlandicum (Oeder) Kron & Judd] and lowbush blueberry [Vaccinium angustifolium Aiton], and a more species rich array of herbs (e.g., Maianthemum trifolium (L.) Sloboda) with a sparse overstory of coniferous trees including tamarack [Larix laricina (Du Roi) K. Koch] and black spruce [Picea mariana (Mill.) Britton, Sterns & Poggenburg]. A full description of the vegetation community can be found in Lyons and Lindo (2020). The sedge-dominated fen is relatively more nutrient-rich with a higher pH (∼5.2) due to groundwater and surface water connections and has a generally higher water table (near soil surface) compared to the moss-dominated fen that has pH ∼4.2 and water table approx. ∼20 cm below the soil surface.
The sedge-dominated fen is 10.2 ha, while the moss-dominated fen is 4.5 ha; weather station data, including air temperature and precipitation, and water table depth is monitored continuously through the OMNRF-OFRI at both sites. Data collected from June to October in 2017, 2018, and 2019 report a mean air temperature of each year was 12.3°C, 8.7°C, and 12.9°C, respectively. The mean precipitation from June to October of each year was 299.05 mm, 277.15 mm, and 219.40 mm for 2017, 2018, and 2019, respectively.
2.2 Field experimental design
Sixteen experimental plots were established at each of the two peatland sites in 2015. At each site plots were established using cylindrical PVC collars (1 m diameter; 40 cm deep) inserted into the peat ∼30 cm. Half the plots were designated as warmed and equipped with six vertical immersion heaters (60 W Watlow FireRod®) installed to a depth of 50 cm at the time of plot establishment while the other half were designated as control plots (ambient temperatures). Plots were arranged in a block design (four plots per block) at each site to account for any small-scale spatial factors (e.g., microtopography, vegetation biomass and composition, moisture variability). Additionally, two reference plots (without PVC collars) were established at each of the two sites for a total of 36 experimental plots (2 sites × 2 treatments (control, warming) × 8 replicates plus 2 reference plots per site = 36 plots); reference plots were located ∼50 m away from the experimental plots in the sedge-dominated fen and ∼25 m away from experimental plots in the moss-dominated fen to ensure minimal disturbance.
In 2016, an integrated groundwater sampling well was permanently installed in each experimental (control and warmed) and reference plots. Sampling wells were custom fabricated from Teflon® (5 cm O.D. 4 cm I.D. 50 cm long; slotted along the entire length), and capped at both ends to prevent contamination. An acid-washed (10% v/v) 6.35 mm (0.25 cm O.D.) Teflon sampling line was installed in each well secured with a Teflon compression fitting in the vented top cap for sampling pore water.
2.2.1 Experimental warming
Experimental ground warming was implemented in stages beginning with passive warming in 2017. Passive warming was accomplished using clear, 1.2 m tall, open-topped chambers (OTCs) that were fitted onto the PVC collars at each of the warmed plots. Teflon sampling lines from central wells passed through the sidewall of the plot collar to allow for water sampling without having to remove the OTCs or otherwise disturb the plot. Passive warming was implemented from June to October in 2017, 2018 and 2019. Passive warming increased the mean surface peat (5 cm) temperatures by 0.38°C and 0.27°C for the moss-dominated fen and sedge-dominated fen, respectively (Lyons et al., 2020).
In June 2019, active ground warming was enabled in addition to passive warming with a target temperature of + 4°C above ambient peat temperatures in the deeper peat (30 cm). Active heating of the peat profile via the immersion heaters was controlled by a custom system designed by Zesta Engineering (Mississauga, ON) using paired thermocouples installed inside and outside of each warming plot. Manual temperature measurements at 25 cm depth were used to validate the + 4°C warming temperature. Active warming was established in June through late September in 2019 at both sites. Active warming increased the soil temperature (25 cm) of warmed plots by + 4.5 (SD ± 0.9)°C and + 3.8 (SD ± 0.8)°C in the moss-dominated fen and sedge-dominated fen, respectively. Two plots at each site had active warming malfunctions during the 2019 experimental season, and data from these warmed plots are not included in the 2019 data analysis of active warming. These plots continued to receive passive warming under the OTCs consistent with previous years.
Manual measurements of soil temperature at 5, 10 and 25 cm soil depth were performed weekly at three random locations in each plot. Surface soil moisture (top 10 cm) was also measured weekly at three different locations for each plot using an HH2 Moisture Meter (Delta-T Devices, Burwell, Cambridge, United Kingdom). We also monitored site-level water table elevation (below peat surface, cm) based on OMNRF-OFRI weather stations established at each site and TD-Diver™ and Baro-Diver® data loggers deployed in four locations across each site that measured water table levels (cm, below peat soil surface) every 15 min.
2.3 Sampling and analysis
Sampling wells were pre-purged using a Geotech® GeoPump (Geotech Ltd. North Aurora, ON, Canada) and acid-washed Masterflex® C-FlexUltra tubing (Cole-Palmer Instrument Co.). Pore waters were collected weekly (2017 and 2019) or bi-weekly (2018) into a pre-acid washed 500 mL PETG (polyethylene terephthalate glycol-modified) bottle (Thermo Scientific™ Nalgene™). A second smaller volume was used for pH measurements (Mettler Toledo Seven2GO™Pro) in the field at the time of water sampling. All pore water samples were kept in a clean cooler and transported each day to a local field laboratory for filtering and preservation. Sample lines were kept capped and clean between sampling times.
Standard ultraclean sampling protocols were used throughout sample collection (US EPA, 1996). Before sample collection, all sampling equipment and sample containers for Hg and DOM analysis were cleaned using Citranox® followed by a MilliQ water rinse and soaked in 10% (v:v) HCl overnight followed by a MilliQ water rinse in the university laboratory. Sample containers for ions analysis were cleaned using Citranox® followed by a MilliQ water rinse. After cleaning, sampling equipment and sample containers for Hg and MeHg sampling were individually double-bagged and shipped to the sampling site. Sample collection was compliant with EPA Method 1669, and is colloquially referred to as the “clean hands–dirty hands technique”. There were two people in a sampling team with one person as “dirty hands” and another as “clean hands”. All operations including preparation of sampling, operation of any machinery, and all other activities that do not directly contact with samples and the inner sample bottles were handled by “dirty hands”. “Clean hands” was responsible for all operations involving contact with sample bottles and the transfer of samples from the sampling equipment to the sample bottles. Clean disposable nitrile gloves were worn all the time to avoid contamination.
All samples were filtered within 6 h with 0.5 μm glass-fiber filters in an enclosed vacuum filter apparatus with Teflon wetted surfaces and transferred to acid-cleaned 250 mL PETG bottles for total Hg (THg) and MeHg analysis, 60 mL HDPE (high-density polyethylene) bottles for ion analysis, and 60 mL amber glass bottles for total DOC and optical characterization analysis. Filtered pore waters for Hg analysis were preserved by acidifying to 0.5% (vol/vol) with OmniTrace® hydrochloric acid. All filtered samples were stored at 4°C in the dark until they were returned to the university analytical lab for analysis.
Blanks of field, equipment and filters, and duplicates of samples were collected on each sampling date. Sample duplicates were performed by randomly choosing one plot and then simultaneously collecting two-pore water samples. Field blanks were performed by directly pouring the deionized water (18.2 MΩ cm) into the 250 mL PETG bottles. Equipment blanks were performed by directly pumping deionized water (18.2 MΩ cm) into the 500 mL PETG bottles using the acid-cleaned Masterflex C-FlexUltra tube. Filter blanks were performed by filtering the deionized water (18.2 MΩ cm) into 250 mL PETG bottles, 60 mL HDPE bottles, and 60 mL amber glass bottles. All field blanks, filter blanks, equipment blanks, and sample duplicates were stored and handled in the same way as field samples. All sampling equipment and sample containers were cleaned carefully before each sampling event, and standard ultraclean sampling protocols were used throughout sample collection (US EPA, 1996).
Pore water samples were analyzed for THg, MeHg, SO42−, and DOM concentrations and several DOM indices. Pore water THg concentrations were analyzed by cold vapor atomic fluorescence spectroscopy (CVAFS, Tekran 2600, Tekran Inc. Canada) using the Environmental Protection Agency (EPA) method 1631 (US EPA 2002). The pore water MeHg concentrations were determined by CVAFS (Tekran 2700, Tekran Inc. Canada) using the methods introduced by Bloom (1989) and Liang et al. (1994). The IHg concentration was calculated as the difference between THg and MeHg concentrations. Pore water SO42− concentrations were analyzed using ion chromatography on a Dionex ICS-1600 (Thermo Scientific™ Dionex™, Canada). Dissolved organic matter was quantified analytically as dissolved organic carbon (DOC); DOC concentrations in pore waters were determined by the persulfate wet oxidation method using the iTOC Aurora 1030 (OI Analytical, College Station, TX, United States).
The DOM in pore waters was characterized using several indices that are indicators of its molecular character and may be used to infer such things as its origin (e.g., microbial vs. detrital). These indices included the specific UV absorbance at 254 nm (SUVA254) and three optical fluorescence excitation-emission matrices (EEMs) indices: the fluorescence index (FI), humification index (HIXEM), and biological index or freshness index (BIX). The SUVA254 is an indicator of DOM aromaticity (aromatic molecules content) (Weishaar et al., 2003); higher SUVA254 values indicate higher DOM aromaticity. The values of SUVA254 were measured and calculated using EPA methods (415.3). The FI also reflects aromaticity and indicates DOM origin source with higher FI values (>1.8) being suggestive of microbially-derived DOM that has lower aromaticity (i.e., originating from processes such as extracellular release and leachate of algae and bacteria), while lower FI values (<1.2) indicate DOM is terrestrially derived (originating from decomposition and leaching of plant and soil organic matter) and has higher aromaticity (Fellman et al., 2010). The HIXEM indicates the humic substance content or the extent of humification that converts simple organic matter derived from plants and animals to more condensed and higher molecular weights organic matter by microbes (Fellman et al., 2010). High HIXEM values (>1.0) indicate high humification of DOM that contains more highly condensed and complex molecules. The BIX denotes the freshness of DOM that is generally produced by microorganisms (Fellman et al., 2010); higher BIX values (>1.0) indicate that DOM is predominantly produced by microbes and is more bioaccessible. Fluorescence and absorbance measurements were made using a Horiba Aqualog® fluorescence spectrofluorometer with a xenon lamp.
2.4 Statistical analysis
All statistical analyses were performed using SPSS statistics software (IBM SPSS Inc. 24.0). The effects of ground warming on surface soil moisture content and concentrations of total (THg), inorganic (IHg), and methyl-mercury (MeHg), and SO42− in porewater alongside percent MeHg, and DOM characteristics (DOC, SUVA254, FI, HIXEM, and BIX) in pore water were analyzed using repeated measures analysis of variance (ANOVA) following examination of the data for parametric test assumptions using Levene’s test and Q-Q plots; block effects were retained in the model only when significant. Separate statistical tests were used for each site as differences in pore water chemistry. Origin 9.3 (Microcal Software Inc. MA) software was used to visualize data. Data are shown as the mean ± standard deviation (SD).
Linear regression or non-parametric regression was used to test the relationships between the concentrations of THg, IHg and DOC. Coefficient of determination (R2) and significance probabilities (p) are presented for linear regression fits, with a level of significance set at p < 0.05.
3 RESULTS
3.1 Effects of ground warming on physical environmental conditions
Water table levels (cm, below peat soil surface) were approximately 10 cm lower in the moss-dominated fen than in the sedge-dominated fen (Figure 1). Mean water table level was generally lowest in July and August of the experimental years, while the relatively high water table levels in June are attributed to snow melt. The higher water table levels in September and October are attributed to late season precipitation events. The mean water table levels during the growing season from June to August in both fens were generally lower in 2019 than in 2017 and 2018 (the moss-dominated fen: −14.1 ± 2.1 cm (2017), −16.5 ± 2.6 cm (2018), and −19.7 ± 4.3 cm (2019); the sedge-dominated fen: −0.2 ± 3.5 cm (2017), −6.3 ± 1.0 cm (2018), and −7.5 ± 3.9 cm (2019)); this coincides with the total annual precipitation across those years which was approximately 598 mm, 554 mm, and 439 mm in 2017, 2018, and 2019, respectively.
[image: Figure 1]FIGURE 1 | Water table levels and daily precipitation in the moss-dominated fen and the sedge-dominated fen over the experiment (2017–2019).
Warming (passive or active) had no significant effect on soil moisture in the top 10 cm of the peat at the moss-dominated fen (F1,6 = 0.133, p = 0.728), however, active warming significantly decreased soil moisture at the sedge-dominated fen (F1,12 = 5.52, p = 0.037), which was driven by a 21% reduction in soil moisture during active warming (Table 1). Active warming also induced periods of drier conditions in the surface peat at the moss-dominated fen (reductions on average 13%), particularly as the season progressed (Table 1). This pattern of later season reductions in soil moisture was also observed in 2017 and 2018 at both sites under passive warming, albeit to a lesser extent.
TABLE 1 | Average monthly soil moisture (± standard deviation; % v/v) in the control and warmed plots in the moss-dominated fen and the sedge-dominated fen over the experiment.
[image: Table 1]3.2 Pore water mercury, methylmercury and sulfate concentrations
Total Hg concentrations were non-significantly higher in the warmed plots at both the moss-dominated site (F1,11 = 3.41, p = 0.092) and the sedge-dominated site (F1,12 = 0.049, p = 0.828) when all time points were considered together (Figure 2). In the moss-dominated site, passive warming had no significant effects on THg concentrations (F1,14 = 2.66, p = 0.125), while active warming significantly increased the concentrations of THg concentrations (F1,11 = 5.21, p = 0.043). Total Hg values were ∼50% greater under active warming in 2019 compared to ∼30% and ∼20% greater under passive warming in 2018 and 2017, respectively. There was no effect of passive (F1,14 = 0.36, p = 0.557) or active (F1,12 = 0.33, p = 0.578) warming on THg concentrations in pore waters collected from the sedge-dominated site.
[image: Figure 2]FIGURE 2 | Total mercury (THg) concentrations in (A) the moss-dominated fen and (B) the sedge-dominated fen. Colors are different plot treatments: black for the control plots; orange for the passively warmed plots; red for the actively warmed plots. Bars are mean values and whiskers are ± ones tandard deviation. Note differences in y-axis scales.
Inorganic Hg (IHg) largely drove the patterns observed for THg at the moss-dominated site across all years with a trend not statistically different between treatments (F1,11 = 2.59, p = 0.136) (Figure 3A). There were also no significant effects of both passive (F1,14 = 2.44, p = 0.140) and active (F1,11 = 3.18, p = 0.102) warming on IHg concentrations in pore water. In the sedge-dominated site, while there were peaks in IHg that were greater under warming, pore water IHg concentrations in control plots were not significantly different than those in warmed plots overall (F1,12 = 0.10, p = 0.756) (Figure 3B). Both passive warming (F1,14 = 0.44, p = 0.517) and active warming (F1,12 = 0.64, p = 0.440) had no significant effects on IHg concentrations. Indeed under active warming in July and August, pore water IHg concentrations were slightly lower in the actively warmed plots than in the control plots. Although the pattern of IHg was relatively consistent over time between years, an anomalous peak in mid-July 2018 in IHg in both control and passively warmed plots was notable, and inconsistent with the period prior and post measurement.
[image: Figure 3]FIGURE 3 | Concentrations of inorganic mercury (IHg) and methylmercury (MeHg) and the proportion of total Hg (THg) as MeHg (%MeHg) in pore waters in the control and warmed plots in the moss-dominated fen and the sedge-dominated fen over the experiment. Pore water IHg concentrations in (A) the moss-dominated fen and (B) the sedge-dominated fen; pore water MeHg concentrations in (C) the moss-dominated fen and (D) the sedge-dominated fen; %MeHg changes in pore waters in (E) the moss-dominated fen and (F) the sedge-dominated fen. Colors are different plot treatments: black for the control plots; orange for the passively warmed plots; red for the actively warmed plots. Bars are mean values and whiskers are ± one standard deviation.
There were no statistical difference in MeHg concentrations between treatments at the moss-dominated site (F1,11 = 2.51, p = 0.141) (Figure 3C). Passive warming had no significant effects on MeHg concentrations (F1,14 = 0.28, p = 0.603) but active warming-induced increases in MeHg were evident (F1,11 = 6.09, p = 0.031) where concentrations were on average more than 2× greater than the control plots. In the sedge-dominated site, only active (not passive: F1,13 = 1.63, p = 0.224) warming in 2019 (F1,11 = 9.94, p = 0.009) significantly increased MeHg concentrations, such that the overall effect of warming across all years was statistically non-significant (F1,10 = 3.63, p = 0.086). Increases in MeHg concentrations under active warming were 2–2.5× greater than the control plots in 2019 (Figure 3D). Both the moss-dominated and the sedge-dominated sites showed significant time × warming treatment interactions (moss-dominated: F29,319 = 3.52, p < 0.001; sedge-dominated: F29,290 = 8.69, p < 0.001). The %MeHg showed similar trends as MeHg concentrations with significant time × warming treatment interactions at both sites as %MeHg was lower under the passive warming plots at both sites, but higher under active warming plots compared to control plots (moss-dominated: F29,319 = 1.96, p = 0.003; sedge-dominated: F29,290 = 3.39, p < 0.001) (Figures 3E, F).
Sulfate concentrations were generally low (<0.5 mg/L) but showed strong summer seasonal peaks in concentration in both control and warmed plots (Figure 4). This trend was more pronounced at the sedge-dominated site (Figure 4B) and in 2019 at both sites. During 2017 and 2018 under passive warming and in 2019 under active ground warming, these peaks in pore water SO42− concentrations were greater in the experimentally warmed plots, although peaks were observed at the same sampling periods in the control plots. Ultimately while warming-induced increases in SO42− concentrations at the moss-dominated site were not significant overall (F1,10 = 0.10, p = 0.761), the site showed a significant time × warming treatment interaction (F25,175 = 2.42, p = 0.015). While the sedge-dominated also showed a significant time × warming treatment interaction (F25,175 = 4.83, p < 0.001), there was also an overall effect of warming on SO42− concentrations (F1,7 = 8.78, p = 0.021).
[image: Figure 4]FIGURE 4 | Sulfate (SO42−) concentrations in (A) the moss-dominated fen and (B) the sedge-dominated fen. Colors are different plot treatments: black for the control plots; orange for the passively warmed plots; red for the actively warmed plots. Bars are mean values and whiskers are ± one standard deviation. Note differences in y-axis scales.
3.3 Response of dissolved organic matter concentrations and characteristics to ground warming
Superimposed on annual cycles of higher concentrations during the summer months, increase in DOC under warming was small and the overall result was not statistically significant at either site (moss-dominated: F1,10 = 1.59, p = 0.235; sedge-dominated: F1,11 = 1.76, p = 0.211) (Figures 5A, B). Additionally, both passive warming (moss-dominated: F1,13 = 1.14, p = 0.306; sedge-dominated: F1,13 = 0.73, p = 0.408) and active warming (moss-dominated: F1,11 = 3.40, p = 0.092; sedge-dominated: F1,12 = 3.21, p = 0.099) had no significant effects on DOC concentrations at either site. There was a significant time × warming treatment interaction at the sedge-dominated site (F29,319 = 1.69, p < 0.05) but not at the moss-dominated site (F29,290 = 1.21, p = 0.212).
[image: Figure 5]FIGURE 5 | Dissolved organic carbon (DOC) concentrations in (A) the moss-dominated fen and (B) the sedge-dominated fen. Colors are different plot treatments: black for the control plots; orange for the passively warmed plots; red for the actively warmed plots. Bars are mean values and whiskers are ± one standard deviation.
Both passive warming (F1,12 = 3.44, p = 0.088) and active warming (F1,11 = 1.48, p = 0.249) had no significant influences on SUVA254 at the moss-dominated site leading to an overall non-significant effect of warming on SUVA254 (F1,9 = 0.14, p = 0.716) (Table 2). SUVA254 was consistently lower under warming at the sedge-dominated site (F1,8 = 3.42, p = 0.102), but only statistically significantly lower under active warming (passive: F1,11 = 0.02, p = 0.901; active: F1,11 = 8.50, p = 0.014). The fluorescence indices FI, HIXEM, and BIX showed no significant difference between warming and control plots at the moss-dominated site. At the sedge-dominated site, FI was higher under warmed conditions (not significant: F1,10 = 3.90, p = 0.076) with the trend largely driven by increases under active warming in 2019 (time × warming treatment interaction: F29,290 = 2.0, p = 0.003). The HIXEM index was not significantly different between warmed and control treatment plots (F1,10 = 1.30, p = 0.276) but was marginally lower during the period of active warming in 2019. The BIX index was significantly higher in the warming treatment plots (F1,10 = 8.04, p = 0.018), which was largely driven by increases during the 2019 active warming (time × warming treatment interaction: F29,290 = 3.60, p < 0.001) (Table 2 presents the summary data for DOM quality measures).
TABLE 2 | Measures of specific ultraviolet absorbance at 254 nm (SUVA254, L mg C−1 mL−1) and fluorescence indices (FI, HIXEM, and BIX) in pore waters under the ground warming treatment at moss- and sedge-dominated sites. Passive warming was from June to October in 2017, 2018 and 2019; active warming was from July to September in 2019. Control and Experimental Plot data are paired by year. Values are presented as mean ± standard deviation.
[image: Table 2]4 DISCUSSION
Given the well-established geochemical and biological controls on Hg cycling and methylation in particular, it is perhaps not surprising that overall, ground warming resulted in increased concentrations of THg and MeHg through decomposition-mediated release from peats into pore waters, and through enhanced net Hg methylation. Higher temperatures increase microbial metabolism (Comeau, 2008), leading in this case to a subsequent increase in decomposition and net Hg methylation. The increased decomposition of soil organic matter (SOM) not only releases more DOM but also releases more Hg, given the strong binding between Hg and the reduced sulfur groups in DOM (Xia et al., 1999). Some of the increases in MeHg concentrations observed indeed may be because MeHg is more readily desorbed from soils than IHg, given that IHg is chemically bound more strongly to the reduced sulfur groups in SOM than MeHg (Skyllberg, 2008; Liem-Nguyen et al., 2017). This study could not differentiate between MeHg in porewaters derived from desorption versus that from active Hg methylation, however there is ample evidence that active methylation played an important role, particularly under the active heating treatment in 2019. Active warming significantly increased THg concentrations in porewaters in the moss-dominated site but not in the sedge-dominated site. An explanation is that active warming plots in the moss-dominated site had a larger increased soil temperature (+4.5°C) than that in the sedge-dominated site (+3.8°C), leading to an enhancement of SOM decomposition and more releases of THg. Additionally, the peat in the sedge-dominated fen will be inherently more decomposable than the more recalcitrant Sphagnum-dominated peat at the moss site.
Measured MeHg concentrations are controlled by both Hg methylation and demethylation (Ullrich et al., 2001), and the measurements made as part of this study cannot determine the relative importance of each of these in regulating net MeHg concentrations in porewaters. Although both may be considered a largely biologically-mediated process in the sub-surface environment, and as such are regulated by temperature as a first-order control, it has been shown that relatively higher temperatures tend to favor the Hg methylation reaction (Canario et al., 2007; St Pierre et al., 2014; Hudelson et al., 2020) while relatively lower temperatures tend to favor MeHg demethylation (Ramlal et al., 1993). Active warming in this study may have warmed soil temperatures into a more optimal range for Hg methylation than demethylation in both fens. The relative fraction of THg that is MeHg (%MeHg) is often used as an indication of net MeHg production in sediment when comparing among sites (Paranjape and Hall, 2017). The overall higher %MeHg in the moss-dominated peatland is consistent with relatively high %MeHg reported in these types of wetlands relative to other methylating environments (Yu et al., 2010). Indeed, %MeHg in the moss-dominated fen is 2–10 times higher than that in the sedge-dominated fen, and is almost certainly due to its high aromatic fraction of DOM and deeply reducing conditions. DOM especially with high aromaticity plays an important role in increasing the mobility and transport of Hg and the bioaccessibility of IHg (Ravichandran, 2004; Hall et al., 2008). Soil interactions with surface water and ground water in the sedge-dominated fen would maintain both the vascular plant community, and a relatively higher redox environment than in the moss-dominated system. The lower water table levels and the deeply reducing conditions in the moss-dominated site can apply more nutrients (such as SO42−) by oxidation under hydrological fluctuation conditions, leading to a significant increase in MeHg production, given that the addition of the more limited SO42−increases net Hg methylation (Branfireun et al., 1999; Mitchell et al., 2008b). Despite active warming increasing both the THg and MeHg concentrations in porewater in the moss-dominated site, the relatively greater increase in MeHg concentrations resulted in a large increase in %MeHg, strongly suggesting active methylation of porewater IHg. Although the sedge-dominated site showed a stronger impact of active warming on absolute porewater MeHg concentrations, the %MeHg remained relatively low because that the relatively high absolute porewater IHg concentrations consistently measured at this site may offset the changes of increased MeHg concentrations. The substantial increase in MeHg concentrations and decreased IHg concentrations in warmed plots relative to controls in the sedge-dominated site could be a reflection of the net conversion of dissolved IHg to MeHg at this site.
Sulfate is an important but limiting nutrient for the dominant Hg methylator, the SRB, in boreal peatlands (Branfireun et al., 1999; Mitchell et al., 2008b). Rising temperature stimulates SRB metabolism with consumption of SO42− (Holmer and Storkholm, 2001), while drier conditions increase the oxidation of reduced sulfur compounds (Mandernack et al., 2000). Warming had no direct significant effects on SO42− concentrations in the moss-dominate site but did in the sedge-dominated site. The sedge-dominated site is relatively more SO42−-rich due to groundwater and surface water connections with a generally higher water table, and this generally higher availability alone may have been responsible for an observable significant effect at this site. The more SO42− limited, and strongly reducing conditions in the moss-dominated fen indeed may have resulted in a much more rapid cycling of available SO42− such that any warming related increase in SO42− availability was not measurable. The significant time × warming treatment interaction in both sites suggested that SO42− concentrations were controlled by both seasonal changes in environmental conditions and warming treatments. The peak summer months generally bring about lower water table levels and lower surface soil moistures due to lower rainfall amounts and higher evapotranspiration rates. Thus, the higher SO42− concentrations in July and August across all years, especially in 2019, were partially attributed to the oxidative release of reduced sulfur compounds from peat soils (Rydin et al., 2013). Although higher SO42− concentrations and more oxic conditions may appear contradictory to the observed concomitant increases in MeHg concentrations, this was likely a function of the sampling approach in the experimental plots. A single fully integrating 50 cm well was used to sample porewater chemistry. During periods of the lower water table and oxidation of reduced sulphur compounds, SO42− becomes available in the upper peat profile and at the oxic-anoxic interface, stimulating Hg methylation in the deeper saturated zone, all of which is sampled together by the integrated closed Teflon well. Enhanced net MeHg production under warming conditions is not just a function of increased microbial metabolism but also increased SO42− availability due to the drying.
Overall microbial metabolism and Hg availability may be also increased by warming-induced changes to DOM quantity and quality. There is no doubt that warming increases microbial metabolism (Comeau, 2008), with a subsequent increase in decomposition. However, there was a non-significant increase in warming on DOC concentrations at both sites. A plausible explanation is that warmer conditions may enhance decomposition rates corresponding with increases in the emissions of CO2 (Dorrepaal et al., 2009; Schuur et al., 2015). At the moss-dominated site, there were no significant differences in mean SUVA254 values and other fluorescence indices between warming plots and control plots, possibly reflecting the contribution of both higher and lower molecular weight (more and less aromatic) compounds from SOM decomposition and microbial biomass or plant root exudates, respectively.
At the sedge-dominated fen, warming significantly decreased SUVA254 values over time and significantly increased BIX index. These trends indicate a larger input of plant-derived lower molecular weight DOM and bacterial biomass. This is entirely consistent with the fact that this fen vegetation community is overwhelmingly dominated by Carex spp. which has been shown to increase in biomass at this site in response to even passive warming in the plots (Lyons et al., 2020). Further, Lyons and Lindo (2020) used phospholipid fatty acid (PLFA) analysis to show that the sedge-dominated fen microbial community was bacterially-dominated, whereas the moss-dominated fen was fungal-dominated. The significant difference in bacterial abundance is a parsimonious explanation for the observed effects on DOM quality indices in the sedge-dominated fen and not the moss-dominated site; over the short duration of the experiment, the much higher “ecosystem metabolism” of the sedge-dominated site allowed for changes to manifest more quickly. The rapid response of the bacteria-dominated microbial community in the sedge-dominated fen coupled with the increased above and belowground biomass of the dominant Carex spp. and the increased delivery of root exudates and relatively labile litter inputs suggests that sedge-dominated systems could be more important sites of Hg methylation in a warmer world. The potential trajectory of moss-dominated fens toward sedge-dominated systems under climate change (Dieleman et al., 2015) raises concerns about northern peatlands more generally becoming more potent sites of Hg methylation because of shifts in plant community composition, in addition to weaker carbon sinks (Wu and Roulet, 2014).
Our results indicate that climate change-induced ground warming will increase MeHg concentrations in the porewaters of northern peatlands, and that the degree of this increase depends in part on peatland type. This increase is driven by not just the expected increase in microbial metabolism which will speed up other biogeochemical cycles in addition to Hg methylation, but also warming-induced increased availability of other reactants required for methylation, including SO42−, labile DOM, and bioavailable IHg. This experiment may represent a transient response to pulse warming treatment, however the size of the pool of available sulfur, OM and IHg in peatlands along with the consistency of the findings here with other work related to warming induced peatland changes strongly suggest that the enhancement of MeHg production in these systems under future warming is both likely to occur, and is likely to be sustained. Ultimately the implications of this increased MeHg production on downstream aquatic systems is a function of MeHg export from these sites of methylation. summer streamflow from northern peatlands will likely decrease as a function of future warming and lower water tables, potentially offsetting the negative impacts of higher rates of MeHg production within the peatland itself.
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Rare earth elements (REE), a group of emerging contaminants with commercial and technological applications, share many physical and chemical characteristics and have thus been used as accurate tracers of various environmental samples. They have been shown to increase in receiving waters following the dissolution of host-rock material during mining activities. In this study, spontaneous vegetation and related media were collected from three Portuguese legacy mine sites in November 2020 to evaluate the phytoavailability and fate of REE. Water, soil and plant data were analyzed in the context of the 1) prevailing geochemical context, 2) the mining context, and 3) plant effects. This study presents the REE signatures for different plant species and links the signatures to a potential source of bioavailable REE. The REE accumulated in plant tissue seems to reflect the REE signature of surface waters in the mining areas, showing enrichment in middle REE. Although the soils, sediments, and waters in this study had similar features, certain plants seemed better adapted to translocating Light REE and Eu over others. Given that REE are readily available within the field conditions of a mining site, this study shows how plant physiology and biologic preference towards particular REE contribute to the fractionation of REE and create a unique signature dependent on plant type.
Keywords: rare earth elements, acid mine drainage, abandoned mines, plant, soil, water, bioaccumulation, transfer factor
1 INTRODUCTION
The rare earth elements (REE) are comprised of 17 elements: the lanthanoid series (La, Ce, Pr, Nd, Pm, Sm, Eu, Gd, Tb, Dy, Ho, Er, Tm, Yb, and Lu), plus Y and Sc (Pan et al., 2020). They can be characterized by similar chemical properties and closely related geochemical behaviors, resulting in similar distributions within the Earth’s crust (Taylor and McLennan, 1985). Though Y and Sc are officially defined as REE by the International Union of Pure and Applied Chemistry (IUPAC) (2005), the lanthanoid series (La to Lu) share electrical and thermodynamic properties (Joshi et al., 2018) and a unique electron configuration which results in lanthanide contraction. Therefore, this paper will only consider La-Lu when referencing the REE series.
Since the initial discovery of REE in 1794, they have become a critical part of the world economy (U.S. Geological Survey, 2022). Their versatile applications in industry, medical services, agriculture, and many other domains (Bau and Dulski, 1996; Tyler, 2004; Binnemans et al., 2013; Migaszewski and Gałuszka, 2015; Van Gosen et al., 2017) have inevitably led to the elevated release of REE in the environment (Li et al., 2013; Merschel and Bau, 2015) and an increased risk of occupational exposures (Rim et al., 2013). Yet the environmental risks related to REE have so far received little attention, overshadowed as they are by economic and geopolitical considerations. Evidence suggesting their potential toxicity (Pagano et al., 2015; Wakabayashi et al., 2016; Gong et al., 2021) has consequently led to REE being categorized as “emerging contaminants,” potentially making the anomalous supply of REE in the environment a major challenge for the years to come.
Historically the management of mining wastes has posed a risk to the environment, with many sites leaving a legacy of significant pollution to the surrounding environment (Perez-Lopez et al., 2010; Li et al., 2013; Soyol-Erdene et al., 2018). Economically valuable resources have often been mined, generating major anthropogenic waste streams and spurring geogenic pollution, exemplified by Acid Mine Drainage (AMD). AMD is characterized by the oxidation of iron-sulfide minerals leading to the perpetual formation of sulfuric acid, concomitant with an increase in soluble metal concentrations (Johnson and Hallberg, 2003; Herman and Maier, 2009). Several countries such as Australia, Bolivia, China, France, Germany, India, Portugal, Romania, Spain, Sweden, and the United States (Akcil and Koldas, 2006; Casiot et al., 2009; Grawunder et al., 2014; Strosnider et al., 2014; Marquez et al., 2018, and references therein) are impacted by AMD, making it a global concern. These mine waste sites, with large quantities of metals solubilized by AMD and mining practices, provide valuable insights into the behavior of REE in the environment. Because of their ubiquitous distribution in Earth’s crust, the dissolution of host-rock material during local mining activities has been shown to increase REE in receiving waters (Ferreira da Silva et al., 2009; Perez-Lopez et al., 2010; Prudêncio et al., 2015; Soyol-Erdene et al., 2018), even when the resources being mined are not REE.
While there are 199 cataloged abandoned mines in Portugal, this study focuses on three sites: São Domingos, Lousal, and Quinta do Bispo. These sites have been chosen as subjects of study due to their long history of mining activity in a variety of geologic contexts with different stages of remediation efforts in place. Though the context for each of these mines is vastly different, they share previously observed high REE concentration levels. Each site demonstrates anthropogenically driven changes to geochemistry as São Domingos and Lousal are subject to AMD evolution from waste rock piles, while low-grade uranium ores from Quinta do Bispo have been processed using in situ leaching (ISL). The Lousal site boasts a passive treatment system in an effort to remediate tailing leachate and AMD. Though no such treatment systems were in place at the other two sites as of November 2020, all three were monitored regularly with future remediation projects planned by Empresa de Desenvolvimento Mineiro (EDM). Since the geochemistry and background of each mine are unique, we are afforded the opportunity to study various control parameters, making them ideal targets for this investigation of the uptake and fractionation of REE by spontaneous vegetation as well as the concentration in corresponding soils and waters.
Plants potentially play a vital role in the fate and transport of REE (Tyler, 2004). Although some studies have suggested phytoremediation strategies to stabilize and remove REE from contaminated soils (Lima and Ottosen, 2021), the topic has been the subject of limited study. To date two plant types, Dichranopteris dichotoma (Chour et al., 2018; Liu et al., 2018) and Phytolacca Americana (Liu et al., 2018), have been identified as candidates for REE recovery when combined with enhanced extraction using electrokinetic methods (Lima and Ottosen, 2021).
The origin of REE fractionation in plant tissue is still subject to many questions as well. Very few authors have published on the entire REE series and their impact on the planted environment, instead opting to study a selection of REE considered representative of the LREE (light rare earth elements), MREE (middle rare earth elements), and HREE (heavy rare earth elements). However, the stability constants formed between individual REE and compatible ions vary (Millero, 1992), potentially creating differences in the bioavailability of REE in the natural environment, thus demonstrating the importance of studying the entire REE series. Moreover, while some studies have concluded that the geologic context and soil weathering are critical factors influencing plant REE uptake (Laul and Weimer, 1982; Pisciotta et al., 2017), others have suggested that a combination of plant type and geologic context is important to note in determining the phyto-availability of REE (Gałuszka et al., 2020).
Through the analysis of water, soil, and plant samples, this study presents REE signatures. The implication of each signature is discussed in the context of the environmental compartment, the geochemical background, and the mining influences. Using the bioconcentration and translocation factors, this study presents data on REE phyto-availability and fractionation.
2 MATERIALS AND METHODS
Nine water samples, 13 soil/aquatic sediment samples and 12 plant samples were recovered in November 2020 from three different legacy mine sites (Table 1) located in Portugal. Samples were collected from both inside and outside of mining sites to assess the legacy of mining activity. Site management and remediation is currently supervised by EDM, a State-owned enterprise, under a concession contract concluded with the Portuguese State for the environmental recovery of degraded mining areas (approved in Decree-Law n° 198-A/2001, 6/7/2001).
TABLE 1 | Coordinates for all samples collected from mine areas in Portugal (São Domingos, Lousal and Quinta do Bispo).
[image: Table 1]2.1 Field site description and collected samples
The sample locations and types are reported in Table 1 and mapped in Figure 1. The geological characteristics of the sampling sites and the descriptions of the samples collected are detailed in the following section.
[image: Figure 1]FIGURE 1 | Map of the sample sites with the number of observations for each sample type (n).
2.1.1 São Domingos
São Domingos, located in Southern Portugal, has been an established mining area since Chalcolithic times. Copper and sulfur ores were the dominant resources extracted from São Domingos mine till its closure in 1966 (Pérez-López et al., 2010). São Domingos covers 50 km2 of land in the Iberian Pyrite Belt (IPB) (Quental et al., 2002), an area infamously impacted by mining and the resulting AMD. The volcanogenic massive sulfides (VMS) in the IPB are rich in pyrite (FeS2) with inclusions of chalcopyrite (CuFeS2), sphalerite ((Zn,Fe)S), galena (PbS) and other polymetallic sulfide minerals. As the VMS deposits are exposed to the atmosphere, Fe(II) is oxidized to Fe(III) and S is oxidized to SO42−, forming H2SO4 in surface waters. The perpetual cycle of AMD has been a proven challenge for environmental recovery efforts. EDM’s strategy for rehabilitation prioritizes 1) the diversion of clean waters, 2) sealing and confinement of the mine waste deposits to prevent further AMD generation, 3) passive treatment of AMD, and 4) decontamination of the downstream Mosteirão River Valley. In order to mitigate the volume of contaminated waters, diversion of uncontaminated surface waters, as part of the first intervention, has already been completed. Following remediation, EDM intends to preserve the heritage of São Domingos and promote tourism.
The climate of São Domingos can be described as a temperate Mediterranean Kӧppen climate type with dry and hot summers (Csa) with an average annual air temperature of 17.5°C (Estatal de Meteorología (España) and Instituto de Meteorologia (Portugal), 2011). On average 500 mm of precipitation accumulates over the course of a year (Estatal de Meteorología (España) and Instituto de Meteorologia (Portugal), 2011). Species collected from São Domingos include: Cistus ladanifer and Erica andevalensis, both were prevalent species growing in the sampling area. Erica andevalensis is a metallophyte species endemic to the IPB, typically found growing on tailing piles or close to AMD-impacted surface waters (Cabezudo and Rivera, 1980). Since Erica andevalensis is identified as a vulnerable species (Law 8/2003 on Andalusian Wild Fauna and Flora) in Junta de Andalucia: Consejeria de Medio Ambiente’s list of threatened flora (Santa-Bárbara Carrascosa and Valdés, 2008/2008), this plant is subject to special protections.
2.1.2 Lousal
Lousal is an example of a legacy mine site under remediation and culturally revitalized as an educational center (Relvas, 2014). Located in the IPB of Southern Portugal, all mining activity ended at Lousal in 1988 (Relvas, 2014) when the extraction of S, Cu, and Zn from the polymetallic massive sulfide deposit became less profitable. Long established for the extraction of VMS ores, much like São Domingos, Lousal is impacted by AMD (Ferreira da Silva et al., 2009). In 2010, a passive treatment system consisting of 17 basins was built as part of EDM’s first phase of treatment works. The treatment system collects leachate from a sealed tailing pile. The leachate is supplemented with water from Albufeira da Barragem da Tapada reservoir during dry seasons to maintain the wetland system. Basins are structured in a cascade with a limestone barrier between each basin constituting a permeable dike and HDPE geomembrane lining underneath to contain treatment effluent until discharge into Corona Creek, a tributary of Sado River. In the first treatment stage, five basins are devoted to the neutralization, precipitation, and sedimentation of the leachate mixture. The consecutive basins are planted with macrophytes, which remediate the metal loading (Al, As, Cu, Fe, and Zn) from the tailing pile (Empresa de Desenvolvimento Mineiro [EDM] and Direcção Geral de Energia e Geologia [DGEG], 2011). According to the measurements made during the sampling campaign, by the time the effluent reaches Corona Creek for discharge the pH is increased from 2.3 to 3.2.
The climate of Lousal is similar to that of São Domingos, however Lousal accumulates 600 mm of rainfall annually on average (Estatal de Meteorología (España) and Instituto de Meteorologia (Portugal), 2011). The treatment system is dominated by aquatic species such as: Phragmites australis, Typha latifolia, and Juncus acutus. Due to sampling constraints and the large rooting system associated with Phragmites australis, only Typha latifolia and Juncus acutus were collected for analysis.
2.1.3 Quinta do Bispo
Quinta do Bispo is a legacy uranium mine site hosted in Hercynian granite and meta-sedimentary deposits (Ramalho et al., 2009) in Northern Portugal. Unlike São Domingos and Lousal, Quinta do Bispo is not subject to the geogenic phenomenon of AMD. Quinta do Bispo was Portugal’s largest open pit mine (European Commission Directorate-General for Energy, 2012). Between 1979 and 1987, 460,000 tons of ore were excavated, resulting in a 75-m deep pit (Ramalho et al., 2009). Later, in 1992 the open pit was used to extract low-grade uranium ores (300–500 ppm) using ISL, which employs strong acids—such as sulfuric acid—to leach precious metals from ore. The exploitation of hydrothermally deposited uranium seams has left the nearby surface waters with contamination from extraction processes (Pereira, 2014). Environmental remediation of ISL practices is ongoing at Quinta do Bispo. This site was selected for study because the lanthanide series has similar physiochemical characteristics to the actinide series.
The climate of Quinta do Bispo can be described by a temperate Mediterranean Kӧppen climate type with a dry and temperate summer (Csb) characterized by an average air annual temperature of 15°C and 1,400 mm annual rainfall (Estatal de Meteorología España and Instituto de Meteorologia Portugal, 2011). Due to site conditions being conducive to sample access the Quinta do Bispo site is the focus of the comparison between planted and unplanted soil environments. Species collection was limited to plants with large biomass and high prevalence on-site. Species collected included: Salix sp., Pteridium aquilinum and Retama sphaerocarpa.
2.2 Sample recovery and analyses
All materials used for the recovery of major cation and trace metal analysis were prepared in a clean room and decontaminated using a 24 h nitric acid (1.5 M HNO3) wash at 45°C, followed by a 24 h wash with deionized ultrapure water (18 MΩ-cm) at 45°C.
2.2.1 Water samples
In situ physiochemical water quality parameters were measured during sample collection using a Aquaread AP-2000 multimeter with an AquaPlus 2000 dynamic luminescence quenching optical dissolved oxygen (DO) combination electrical conductivity (EC) and temperature electrode, and a 3MPK1 silver chloride combination pH and oxidizing-reducing potential (ORP) probe. The ORP was converted to Eh by interpolating the half-cell potential of the reference electrode using manufacture provided potentials at variable temperatures.
For laboratory analyses, approximately 60 mL of sample were filtered through 0.2 μm polyethersulfone (PES) filters capable of resisting deterioration when exposed to low pH solutions. Filtered samples were collected and separated into two Nalgene bottles, one for dissolved organic carbon (DOC) and anion analysis, and one for major cation and trace metal analysis. Bottles for major cation and trace metal analysis were preserved with 2% HNO3 to maintain the integrity of the metals within the sample. The aliquots of sample reserved for dissolved organic carbon and anion analysis were kept refrigerated to preserve the integrity of analytes.
Major and trace cation concentrations were determined in water samples by ICP-MS (Agilent 7700x) using rhenium and rhodium as internal standards (Yéghicheyan et al., 2019). The international geostandard SLRS-6 was used to verify the validity and reproducibility of the results.
Dissolved Organic Carbon (DOC) and major anion concentrations of water samples were analyzed by Shimadzu TOC Analyzer, and by Dionex ICS-5000 ion chromatograph with an AS11 HC column (Dionex Method 123), respectively.
2.2.2 Plant samples
Plant samples were processed and analyzed in two mass fractions representative of the above-ground and below-ground tissues. Specimens from each species were collected within a 1-m radius and combined to represent one sample point. The above ground tissues were freeze dried and lyophilized, while below-ground tissue was washed with deionized water (18 MΩ-cm), and then dried in a 50°C oven for 4 days, and ground using a zircon ball-mill.
Above-ground plant samples were digested on a hot-plate using an adaption of the Krishnamurty (1976) method, whereas below-ground plant samples were digested more aggressively using a microwave (Anton Paar Multiwave 7000) with a modification of the preprogramed “organic” digestion method. Major and trace cation concentrations were determined using ICP-MS (Agilent 7700x) following an analogous protocol to the one performed on water samples, but with Tomato Leaves standard 1573a (NIST® SRM®) as a reference material for confirmation of the validity and reproducibility of results. Methodological error was determined using triplicate analysis of each sample.
2.2.3 Soil/aquatic sediment samples
Soils and aquatic sediments were collected from the same areas as the plant roots—representative of the rhizosphere - samples were dried at 40°C for 48 h and sieved to recover the <2 mm fraction. In addition to the rhizosphere soils collected for each plant, three bulk soils, identified by areas with no overlying vegetation, were collected from the Quinta do Bispo site.
Soil/aquatic sediment sample major and trace cation concentrations were analyzed by ICP-MS with alkaline fusion in the CNRS National SARM Analytical facility (https://sarm.cnrs.fr/index.html/) following the procedure described in Carignan et al. (2001), whereas soil/aquatic sediment texture, pHwater, pHKCl, cationic exchange capacity (CECMetson), and organic matter (OM) content were determined by LABOCEA. LABOCEA employed standard methods to determine extractable cations by ammonium acetate agitation at pH 7 (NF X 31-108) (Metson, 1956) and OM content by dry combustion of sample carbon (NF ISO 10694).
2.3 Data handling
In order to compare the enrichment or depletion of REE as a whole series, they are generally normalized to a standard set of values. For this study we normalized REE concentrations in soil and water samples to Taylor and McLennan (1989)’s Upper Continental Crust (UCC) values. Elements were further classified into three groups, the light REE (LREE) which range from elements La to Nd, middle REE (MREE) Sm to Tb, and heavy REE (HREE) Dy to Lu. For soil, sediment, and aqueous samples the Ce anomaly (Ce*) and Eu anomaly (Eu*) were calculated using a linear extrapolation of UCC-normalized REE, Eqs. 1, 2 respectively:
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For comparisons of plant samples, the bioconcentration factor (BCF) and translocation factor (TF) were calculated using Eqs. 3, 4, accordingly, where [REEAG] is the concentration of REE in the above-ground tissue (mg kg−1) [REEBG] is the concentration of REE in the below-ground tissue (mg kg−1), and [REEsoil] is the concentration of REE in the soil or aquatic sediment collected from the plant rhizosphere (mg kg−1). The resulting BCF and TF values are dimensionless ratios. The BCF is reflective of the plant’s ability to accumulate an element from the soil/aquatic sediment and TF is reflective of the ability for the plant to translocate elements from the rooting system to aerial tissue. The Ce* and Eu* for plant samples were determined using BCF values calculated from Eqs 1, 2, instead of UCC-normalized values:
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For statistical treatment, standard diagnostic tests were performed to determine whether data needed transformation. If a transformation was required, the box-cox method for transformation was used to determine the best fit. Data passing diagnostic tests were then tested with an Analysis of Variance (ANOVA), for statistical significance the p-value was limited to p < 0.05. The number, n, of all datasets analyzed is reported in Figure 1. Missing data are handled as random, allowing the analysis of imbalanced datasets, particularly soils and aquatic sediments. Post-hoc testing was completed using Tukey Honestly Significantly Difference (Tukey HSD).
3 RESULTS
In the following section the REE concentrations and associated chemistry are presented for samples representing the water, soil/aquatic sediment, and plant environmental compartments.
3.1 Water sample REE signature
In situ physicochemical water quality parameters are displayed in Supplementary Table S1. Waters collected from outside of São Domingos and Lousal were circumneutral, pH 7.1 and pH 6.7, accordingly. Similar Eh values were observed for water collected from outside of São Domingos and Lousal, +397 mV and +360 mV, respectively. Of the water samples collected from inside of the mining sites, the open pit at Quinta do Bispo had the highest pH, 5.1. The sample collected at Quinta do Bispo still had an oxidizing Eh of +524 mV. Samples collected from the São Domingos River Valley display a pH ranging from 2.4 to 2.9 and were strongly oxidizing with an Eh ranging from +691 mV to +723 mV. Similarly, samples collected from the Lousal treatment system had a pH ranging from 2.3 to 3.0 with an Eh ranging from +615 mV to +808 mV.
The EC for the samples collected from the mining areas tended to be higher than the EC observed outside of the mining areas. The range of DOC for the samples collected ranges from 0.45 mg·L−1–9.71 mg·L−1. Supplementary Table S1 presents the concentrations of anions, measured in aqueous samples. The dominant inorganic anion observed in the mining sites was sulfate, in contrast to the dominant anion outside of the mining area which was chloride. The presence of sulfate is anticipated as sulfuric acid is generated through AMD and used during ISL.
Upper Continental Crust (UCC) normalized aqueous REE patterns are displayed in Figure 2 while REE concentrations are tabulated in Table 2. The aqueous samples collected from outside of the mining area contained less REE than the samples collected from inside of the mining areas. The samples collected outside of the mining area exhibited depletion of LREE relative to both the MREE and HREE. The depletion of LREE was punctuated by a negative Ce anomaly (Ce*) for samples collected outside the mining area. Samples collected from the Lousal passive treatment system had the highest REE concentrations with 628.84 μg·L−1 associated with the leachate treatment tank. The sample collected from the sixth treatment pool showed a marked decrease in dissolved REE with 238.68 μg·L−1. Aqueous samples collected from the AMD areas also contained higher concentrations of REE than in the open pit at Quinta do Bispo, perhaps indicating that AMD is a more potent mobilizer of REE than ISL. There were some similarities between the aqueous REE patterns, all mines showed a MREE enrichment as compared to the LREE and HREE. In addition to the MREE concavity, samples collected from São Domingos and Quinta do Bispo had a skewed pattern, with MREE > HREE > LREE. The open pit sample from Quinta do Bispo also exhibited a strong positive Eu anomaly (Eu*), not shared by the other sites.
[image: Figure 2]FIGURE 2 | UCC-normalized REE patterns for aqueous samples collected from mine areas in Portugal (São Domingos, Lousal and Quinta do Bispo). Separate sampling points are distinguished using the abbreviation pt. Solid lines represent the samples collected inside of the mine, whereas dashed lines represent samples collected outside of the mining areas. Data for samples collected in São Domingos, Lousal and Quinta do Bispo are displayed by triangle, square and circle markers, respectively.
TABLE 2 | Concentrations of REE in aqueous samples from mine areas in Portugal (São Domingos, Lousal and Quinta do Bispo). Separate sampling points are distinguished using the abbreviation pt. followed by a brief description of the sample location. Concentrations are reported in μg L−1; Ce and Eu anomalies (Ce* and Eu*, respectively) are also reported as dimensionless values.
[image: Table 2]3.2 Soil/aquatic sediment REE signature
A summary of major cation concentrations for water and soils/aquatic sediments reported in Supplementary Tables S2, S3, respectively. Table 3 displays the REE concentration of each individual soil. When evaluating soil REE concentrations there were three effects considered: 1) Prevailing geochemical context, 2) the mining context, and 3) rhizosphere effects.
TABLE 3 | The REE concentrations for all rhizosphere soils from mine areas in Portugal (São Domingos, Lousal and Quinta do Bispo) given in mg kg−1, as well as the Ce and Eu anomalies (Ce* and Eu*, respectively) given as dimensionless values.
[image: Table 3]3.2.1 Geochemical context
All of the water and soil/aquatic sediment sample data across all of the sites were used to make a correlation matrix and determine if any particular chemical couplings controlled REE behavior. As evidenced from Pearson’s correlations, HREE (Dy through Lu) in the soil have significant positive correlations (p < 0.05) with major cations such as Ca, Mg, and Mn. This correlation is also present in the water samples collected. Though no correlation between Fe concentration and REE was evident in soil samples, there was a correlation between Fe and REE in the water samples. These correlations are further contextualized in the results section which details how compatible cations may interact with REE.
Physiochemical characteristics of the soil/aquatic sediment were also taken into consideration for site geochemistry. Samples display contrasting pH, pHKCl, CECMetson, and OM concentrations (Supplementary Table S4). All of these characteristics can vary widely based on biotic and abiotic factors. The soils collected from São Domingos had high CECMetson and OM, while Lousal sediments had the lowest CECMetson and OM content.
3.2.2 Mining context
Based on the mining site there are distinct differences in the levels of REE enrichment observed at each site (Figure 3). Soil samples collected from Quinta do Bispo had the highest concentrations of REE (161–231 mg·kg−1), whereas aquatic sediment samples collected from Lousal exhibited the lowest concentrations (76–94 mg·kg−1) (Table 3). Statistically there was no difference between REE concentrations observed at Quinta do Bispo and São Domingos (p < 0.05). Similarly, there was no statistically significant difference between soils collected from São Domingos and aquatic sediments collected from Lousal (p < 0.05) with regards to the total REE concentrations. Quinta do Bispo and São Domingos share similarities in their environmental remediation status, since these legacy mine sites were both mitigated and maintained by EDM with environmental remediation planned in the near future. São Domingos and Lousal also share similarities, as both sites are in the IPB and subject to AMD.
[image: Figure 3]FIGURE 3 | Rare earth element patterns for different rhizosphere soils from mine areas in Portugal (São Domingos, Lousal and Quinta do Bispo). Dashed lines represent soils collected outside of the mining areas. Data from soils collected in São Domingos, Lousal and Quinta do Bispo are displayed by triangle, square and circle markers, respectively.
Both Quinta do Bispo and São Domingos had statistically significantly higher LREE and MREE concentrations than Lousal. There was no statistical difference between the HREE for each of the mining sites. This can be attributed to the large spread of HREE concentrations. For Quinta do Bispo, a majority of the REE signatures show an enrichment of LREE and MREE with lower values of HREE when normalized to the UCC. One of the samples collected from Quinta do Bispo also displayed a positive Eu*, as opposed to the other Quinta do Bispo soil samples which display a negative Eu*. The REE signature for soils collected from São Domingos shows that the LREE and MREE had lower values than the HREE, with two of the samples showing significant enrichment. All of the aquatic sediment samples collected from Lousal were depleted in LREE, MREE, and HREE with respect to the UCC. The REE signatures for samples collected from Lousal display lower LREE values and higher MREE and HREE values.
There was no statistically significant difference for the soil LREE, MREE, HREE, or total REE concentrations among samples collected from inside or outside of the mining areas. As per the heterogeneous nature of soil, perhaps the spread of data between samples collected from inside and outside of the mining area is too large to make a distinction between the influences of the mining area without also taking into consideration the geochemical context. This is further highlighted by the fact that the REE signature for the soil sample collected from outside of Sao Domingos does not match samples collected from inside of the same site. The sample collected from outside of the mining area features depletion of the LREE and enrichment of the MREE and HREE with respect to the UCC, along with a negative Ce*. Due to sampling constraints encountered in this study there was not enough sample replication to determine the combined effects of mining and the surrounding geochemistry.
3.2.3 Rhizosphere effects
A comparison of the rhizosphere versus bulk soils was possible at the Quinta do Bispo site (Supplementary Table S5) and shows that the rhizosphere and bulk soils display similar patterns. This comparison should also show whether plants selectively depleted or enriched REE from the soil. There was ultimately no statistical difference for the LREE, MREE, HREE, or Total REE in soils collected from the plant rhizosphere when compared with bulk soils. This would indicate that the plant does not influence the soil REE observed in the area.
3.3 Plant sample REE signature
When considering the responses of plant REE concentration, BCF, and TF there were three main effects investigated: 1) Prevailing geochemical context, 2) the mining context, and 3) the plant type.
3.3.1 Geochemical context
There was no statistical difference between the BCF (Figure 4) or the TF of the Total REE (Figure 5) observed in samples collected from Quinta do Bispo, São Domingos, or Lousal. This would indicate that the geological background did not influence the uptake of REE. However, this conclusion is difficult to support, since among the plants collected from each site there were no shared species for comparison. Therefore, a potential area for expansion of this study could be to research REE in the same plant species found at different mining sites. Such a task may prove difficult since the spontaneous vegetation is specific to the growth conditions of the individual site. In the discussion section comparisons from literature are presented in order to account for some of the differences seen across plant types collected in different geological conditions.
[image: Figure 4]FIGURE 4 | Plant BCF versus REE for above-ground tissue. Solid lines represent plant samples collected from inside of the mining sites while dashed lines represent samples collected from outside of the mining sites. Data from plants collected in São Domingos, Lousal and Quinta do Bispo (Portugal) are displayed by triangle, square and circle markers, respectively.
[image: Figure 5]FIGURE 5 | Plant TF versus REE. Solid lines represent plant samples collected from inside of the mining sites while dashed lines represent samples collected from outside of the mining sites. Data from plants collected in São Domingos, Lousal and Quinta do Bispo (Portugal) are displayed by triangle, square and circle markers, respectively.
3.3.2 Mining context
While it is difficult to make conclusions about the effects of geochemistry on the bioaccumulation of REE in plants, there were some differences in plants collected from inside of the mining site when compared with plants collected from outside of the mining site (Figure 4).
In general, the BCF and REE concentrations (Table 4) were elevated for plants collected from inside of the mining areas, when compared with plants collected from outside of the mining areas (approximately 76% more REE in the plants recovered from inside of the mining areas), indicating an enhancement in the uptake and bioconcentration of REE from the soil into the above-ground tissue. Specifically, the MREE and HREE were taken up at a greater rate when the plant was collected from inside of the mining area (94% more MREE and 106% more HREE, as compared with the LREE which was elevated by 75%). More specifically, plants had an elevated BCF (p < 0.05) for Sm, Eu, Gd, Tb, Dy, Ho, Er, Yb, and Lu, when collected from inside of the mining area. However, there was also no significant difference between the TF of samples collected inside vs. outside of the mining area. In summary, mining increased the bioavailability of all REE, in particular elevating the BCF for MREE and HREE over LREE. This increased availability of REE did not translate to an increased TF.
TABLE 4 | Concentration of REE in above-ground and below-ground plant tissues (μg kg-1) collected on mine areas in Portugal (São Domingos, Lousal and Quinta do Bispo) as well as the Ce and Eu anomalies (Ce* and Eu*, respectively).
[image: Table 4]3.3.3 Plant type
Pteridium aquilinum showed the greatest affinity for REE, accumulating 27.3 mg·kg−1 of REE in the above-ground tissue. Similar to other studies, many of the plant types collected show higher concentrations of REE associated with the below ground-tissue as opposed to the above-ground tissue (Babula et al., 2009), with the exception of P. aquilinum which accumulated more La, Ce, and Pr in the above-ground plant tissue than in the below-ground plant tissue. Of the plants collected with replication (P. aquilinum, Cistus ladanifer, Typha latifolia, and Juncus acutus), plant type played a statistically significant role (p < 0.05) in the BCF of La, Ce, Nd, Sm, Eu, Gd, Tb, Dy, Ho, Er, Tm, and Yb. P. aquilinum had a significantly higher BCF for all of the aforementioned elements except for Ho. For Ho, P. aquilinum had similar rates of accumulation to T. latifolia, but had higher accumulation rates when compared to J. acutus and C. ladanifer. T. latifolia also had a higher BCF when compared to C. ladanifer for Dy and Ho, and a higher BCF when compared to J. acutus for Tm.
Of the REE accumulated in P. aquilinum, the LREE tended to concentrate at a higher rate than MREE, and both LREE and MREE tended to concentrate more than the HREE. Lanthanum was three orders of magnitude more concentrated than Lu. Similarly, the C. ladanifer sample collected from outside of the mine exhibited the same downward trend of LREE>MREE>HREE. This trend was not conserved across all plant types. T. Latifolia and Erica andevalensis demonstrated a MREE concave pattern instead, MREE>LREE = HREE. The BCF of J. acutus and Retama sphaerocarpa displayed a pattern where LREE = MREE>HREE.
Three plant samples had a positive Eu*: the Salix sp. sample and both of the P. aquilinum samples. All of these samples were collected from Quinta do Bispo. This anomaly accounts for the initial soil Eu* as the plant tissue is normalized to the native soil when evaluating the BCF. Additionally, there was a positive Eu* for the TF, so though modest amounts of Eu* were incorporated into the below-ground tissue from the soil, there was a preferential transport and accumulation of Eu into the aerial plant tissue.
Moreover, the C. ladanifer sample collected from outside of the São Domingos mining area had a positive Ce* in the above-ground tissue and negative Ce* in the below-ground plant tissue, which is matched with a high TF for Ce. The total concentration of Ce in the plant tissue was not in fact inordinately high and when normalized to UCC values shows no such anomaly. This observation is matched with soil and water samples collected from the same area showing Ce depletion as well. In this particular sample, Ce was accumulated in the above-ground tissue of the plant at a higher rate and the root anomaly is an artifact of less plant-available Ce in the rhizosphere.
There are three distinct groups of TF rates (Figure 5). The highest TF is seen for both of the P. aquilinum (collected from both inside and outside of the Quinta do Bispo mining area), C. ladanifer (collected from inside of the São Domingos mining area), and R. sphaerocarpa (collected from inside of the Quinta do Bispo mining area). The middle group consisted of the C. ladanifer collected from outside of the mining area, T. latifolia, Salix sp., and E. andevalensis. The TF of the middle group was 3 times lower than the highest TF group. The lowest TF was observed in J. acutus, which had large quantities of REE associated with the below-ground tissue. Low TF resulted in low accumulation of REE in the above-ground tissue. The TF for J. acutus was 177 times less than the TF recorded for plants in the highest TF group. This observation indicates that a majority of the REE remained stabilized within the below-ground tissue of J. acutus. Plant type had a significant effect on the TF of total REE and LREE, but had no effect on the MREE and HREE. REE was preferentially translocated in the following order: LREE>MREE>HREE for select plants, particularly C. ladanifer and P. aquilinum samples. Many of the other plant samples have no relative slope regarding the TF for LREE, MREE, and HREE.
4 DISCUSSION
4.1 Geochemical and mining context
Though none of the studied mines targeted the extraction of REE ores, REE can be distributed throughout silicate, carbonate, oxide, phosphate, and oxyhydroxide (Migaszewski and Gałuszka, 2015) minerals, which are susceptible to dissolution under low pH conditions or changes in reduction/oxidation conditions (Cao et al., 2001; Mihajlovic et al., 2017). The MREE enrichment in aqueous samples is a typical signature of AMD (Perez-Lopez et al., 2010). The pH range and Eh observed for both São Domingos and Lousal are also consistent with the geochemical context of AMD (Dold, 2014). The pH observed in Quinta do Bispo was relatively high when compared with the pH of São Domingos and Lousal. This is most likely due to the fact that sulfate mineral oxidation or AMD is negligible in the surrounding geology (Carvalho et al., 2005) and the ISL methods employed at Quinta do Bispo ended in 1999 (European Commission Directorate-General for Energy, 2012). The saturation of cations and anions in waste streams, represented by the EC measured in aqueous samples, favors the precipitation of metals (Nieto et al., 2007), and is therefore also a parameter used to evaluate the precipitation/dissolution dynamics at these sites. Low pH, high EC, and elevated sulfate concentrations were indicative of the geogenic and anthropogenic dissolution of primary minerals inside of the three legacy mine sites. These geochemical changes were induced by AMD processes or ISL practices.
In addition to dissolution, processed REE were susceptible to sorption and desorption processes, which were evaluated in this study based on the CECMetson and OM content of soils and aquatic sediments. A soil with higher CECMetson and OM content has a high metal loading capacity, whereas a soil with a low CECMetson and OM content has less potential metal-sorbing surfaces, thus the metal holding capacity of soils collected from São Domingos is higher and the metal holding capacity of aquatic sediments collected from Lousal is lower. The sediments collected from Lousal had lower concentrations of REE indicative of the lower metal holding capacity of these sediments relative to the other sampled sites. As a result, Lousal also displayed the highest aqueous REE concentrations.
All of the samples collected from inside of the mining sites are considered impaired simply on the basis of having low pH (pH < 6.5) (Baker et al., 1990). As Baker et al. (1990) reported, biological diversity is lost starting at pH < 6.5, and an interruption of nutrient cycling at pH < 5.0. While pH directly impacts the ecology of a system, the increased metal solubility and bioavailability caused by acidification (Baker et al., 1990; Cao et al., 2001; Batista et al., 2013) can also induce toxicity (Baker et al., 1990; Plante, 2007; Batista et al., 2013).
Inorganic anions typically associated with REE complexation include: SO42−, PO43−, Cl−, CO32−, and F− (Millero, 1992; Vaziri Hassas et al., 2021). As stated in the results, the mining areas were dominated by sulfate. A study by Zhimang et al. (2000) implicates sulfates in the bioavailability of REE to plants, mainly showing that REE accumulation in below-ground tissue is limited by sulfate. Secondary sulfate salts such as jarosite and alunogen have been shown to be temporary stabilizers of polyvalent cations (including REE) in AMD (Ferreira et al., 2021). Subsequent solubilization of metals associated with jarosite, alunogen, and other secondary sulfate minerals has been implicated as a cause for delayed revegetation (Ferreira et al., 2021). This demonstrates that plants growth in mining environments is dependent on the prevailing geochemistry, as primary and secondary minerals constitute a source or sink for potentially toxic metals.
Aside from sulfates being a sink for REE, sulfates have also been implicated in the selective partitioning of REE in soils and waters (Ferreira da Silva et al., 2009; Welch et al., 2009; Grawunder et al., 2014; Soyol-Erdene et al., 2018). REE have even been suggested as tracers of mining pollution due to their unique MREE-enriched signature in mining wastes (Merten et al., 2005; Perez-Lopez et al., 2010). This signature is presumably due to sulfate and sulfate intermediates showing higher stability in complexation with MREE (Perez-Lopez et al., 2010) and precipitation/sorption processes occluding LREE (Liu et al., 2019) and HREE (Byrne and Li, 1995) from solution, paired with dissolution/desorption of MREE-enriched Fe and S minerals (Welch et al., 2009; Perez-Lopez et al., 2010; Grawunder et al., 2014). The occurrence of a correlation between REE and Fe, as seen in the water samples collected in this study, may indicate that Fe-mineral dissolution contributes to the soluble REE in these systems (Cao et al., 2001; Merten, 2005; Prudêncio et al., 2015; Prudêncio et al., 2017; Riley and Dutrizac, 2017; Liu et al., 2022). Many geochemical factors may contribute to the observed high REE concentrations and unique MREE enrichment in AMD surface waters, a detailed study on REE speciation is still needed.
The DOC concentrations anticipated in AMD waters should be low as acidic pH promotes an increase of organic aggregation, inducing a decrease of their colloidal stability (Johnson and Hallberg, 2003; Pédrot et al., 2009). Though limited amounts of DOC and OM are associated with AMD systems, no broad generalizations can be made about the fractionation of REE by organics, which is specific to the type of organic matter. Organic matter forms a significant sink for REE, both as a sorbing surface and as a bridging ligand (Byrne and Li, 1995; Pourret et al., 2007). Organic ligands make a more stable complex with HREE, causing HREE to deplete from solution into complexes with sediment surface ligands (Byrne and Li, 1995). More complex organics, such as humic substances, have been shown to produce a fractionation of MREE enrichment over both LREE and HREE, specifically in natural systems characterized by a high metal loading like the sites studied (Pourret et al., 2007; Pédrot et al., 2008).
The oxidation state of REE is generally trivalent, with the exception of Eu2+ and Ce4+. In this study, a negative Ce* was associated with samples collected from outside the mining areas. Geochemically, the waters collected from outside of the mining area are less oxidizing and have a higher pH. Therefore, the speciation of metals may vary between waters collected from inside of the mining area versus those collected from outside of the mining area. The negative Ce* observed in surface waters collected from outside of the mining areas is indicative of preferential Ce4+ sorption to the solid phase, which is typical of circumneutral pH waters under oxidizing conditions (Bau, 1999).
The positive Eu* in liquors and ores associated with the open-pit can be attributed to the hydrothermal deposit where the Eu2+ oxidations state is preferentially incorporated into high-temperature hydrothermal seams over the other REE, leading to enriched Eu concentrations (Sverjensky, 1984; Danielson et al., 1992). The proceeding ISL processes increased mobilization of all REE contained in the Eu-enriched ore, accordingly producing an enrichment of Eu in the remaining liquor and analogous waste rock. This mechanism explains the positive Eu* seen in the open-pit water sample and the Salix sp. rhizosphere soil, which was collected from the waste rock pile. All other soil samples collected from Quinta do Bispo had a negative Eu*. Consequently, the conclusion can be drawn that the soils collected from the surrounding material were depleted in Eu as it was partitioned into the hydrothermal seam. Thus, in the soil samples collected from the surrounding areas, there is a negative Eu* corresponding to this partition.
4.2 Plant influences
In order for a plant type to be considered a REE hyperaccumulator, the REE concentration in the above ground-tissue must exceed 1,000 μg·g−1 (Liu et al., 2018). None of the plants collected in this study met the hyperaccumulator definition. Liu et al. (2018) acknowledges the importance of plant biomass, as high biomass can accrue significant amounts of REE. The concentrations of REE observed in the collected plants do not show any particular elevation or depletion when compared with other studies of plant REE (Wyttenbach et al., 1998; Liang et al., 2008; Migaszewski and Gałuszka, 2015). The P. aquilinum plant species did accumulate more REE than any other plant type: though this figure represents 6–53 times the amount accumulated by the other plant samples in the present study, the pteridophyte sample is not remarkably high. Pteridophytes are generally known to accumulate much higher concentrations of REE over other plant types (Tyler, 2004). P. aquilinum also tended to concentrate certain REE at a higher level in the above-ground tissue than in the below-ground tissue. Wang et al. (1997) made a similar observation in Dicranopteris dichotoma, another pteridophyte, which accumulated more REE in the above-ground tissue than in the below-ground tissue.
As mentioned in the materials and methods section, the BCF is reflective of biological occlusion or assimilation of particular REE from the surrounding media. The closer the BCF value is to 1, the closer the plant concentrations reflect the soil concentrations. In this study, any uptake of REE by the plant was insignificant in comparison with the soil pool. This was proven by a comparison of bulk and rhizosphere soils which showed no depletion or enrichment dependent on plant growth, and further supported by the BCF which for most plants was much less than 1.
The BCF can also be looked at in terms of slope and anomaly, indicating the effects of soil speciation and plant species selectivity towards the assimilation of particular REE into the above-ground tissue. Ultimately this study showed that for certain plant types (P. aquilinum), above-ground tissues were enriched in LREE relative to the surrounding soil. This finding is congruent with previous research, which demonstrated that LREE tend to be enriched in the above-ground tissue of plants compared to the MREE and HREE (Wang et al., 1997; Fu et al., 1998; Liang et al., 2008; Gonzalez et al., 2014). This may have to do with the plant’s affinity to uptake LREE (Brioschi et al., 2012) and porewater chemistry restricting available HREE (Millero, 1992; Byrne and Li, 1995; Fu et al., 1998; Tyler, 2004; Brioschi et al., 2012). However, this pattern was not maintained across all plant types. In fact, T. latifolia and Salix sp. showed an MREE-enrichment compared with LREE and HREE, supported by Wyttenbach et al. (1998).
Salix sp. and P. aquilinum had positive Eu* in their BCF signatures. Positive Eu* in plant tissue has been observed in other studies (Durães et al., 2014; Krzcuik and Gałuszka, 2019; Krzciuk and Gałuszka, 2020). There are a couple of to-date unconfirmed hypotheses on why plants may have Eu*. Potentially Eu3+ is transformed to Eu2+ and is taken up by plants under the redox conditions of the rhizosphere. This may be a result of diurnal patterns, which dictate oxygen supply to the roots (Krzcuik and Gałuszka, 2020), or it may be related to the acquisition of other essential nutrients; such as Fe, which is reduced at the root dermis (Marschner and Rӧ;mheld, 1994; Wyttenbach et al., 1998). In both scenarios, the supply of Eu and the redox conditions are a vital control on the bioavailability of Eu. Many authors (Wang et al., 2012; Brioschi et al., 2013; Durães et al., 2014; Thomas et al., 2014) have suggested that the origin of positive Eu* in plants is the result of Eu2+ substitution for an essential plant nutrient such as Ca2+ due to the similarity in ionic radius (Shannon, 1976). All of the above-ground tissue REE concentrations positively correlate with above-ground tissue Ca2+ concentrations for this study.
The investigation of the TF can be used to make conclusions about the transfer and relative accumulation of REE in and to different parts of the plant. In this study, the REE transfer from below-ground tissue to above-ground tissue did not relate to the geochemistry or mining context. It was only reflective of plant type differences. The subsequent enrichment in the LREE seen in the C. ladanifer and P. aquilinum plants is then an artifact of the preferential translocation of LREE into the above-ground tissue. Fu et al. (1998) posited that preferential uptake and translocation of REE in a pteridophyte was related to plant Si processes and that in situ recrystallization of Si would allow for substitution of MREE and HREE occluding the larger ionic radius of LREE, leaving the LREE more mobile and able to reach the distal and aerial tissues. Evidence supporting this may be seen in the strong positive correlation between all of the REE and Si (Supplementary Table S6) among all samples collected in this study.
Combining the information presented on the BCF enrichment of MREE with the lack of a TF MREE enrichment, it can be concluded that the MREE fractionation into the above-ground plant tissue, observed in T. latifolia and Salix sp., originates from the preferential uptake of MREE in the below-ground tissue. While the total bioavailable pool of metals can include the soil (water-soluble, ligand-exchangeable, and organic or carbonate bound metals), the dissolved metals in water are typically thought of as readily bioavailable (Adriano, 2001; Di Bonito et al., 2008). These dissolved concentrations could explain the elevated MREE in plants, as the enrichment of the MREE in plant tissue mirrors the enrichment of MREE in surface waters impacted by mining.
The information presented may show that the MREE enrichment seen in the roots is an artifact of the soluble REE pool in these mine sites, whereas the LREE enrichment and Eu* in the above ground plant tissue demonstrates plant-specific fractionation. Thus, this study provides evidence that the REE pattern displayed by each plant may result from an interaction between the plant type and growth medium. This conclusion is contrary to one posited by Laul and Weimer (1982). Laul and Weimer (1982) studied a selection of biological samples and concluded that the REE patterns closely resembled their growth medium when normalized to chrondrites, however the REE patterns for plants were never normalized to the soil media to confirm enrichment or depletion, which would have obviated any preferential uptake of specific REE. Wang et al. (1997) similarly found that the concentration of REE in most plants collected from sites with REE-rich ores had similar patterns to the soils they were collected from, but also notes an accumulation of LREE over HREE. Pisciotta et al. (2017) made a similar conclusion that the plant tissue reflected the geochemistry of the collection site, however this conclusion was based on one plant type in one geochemical context. Another study by Krzcuik and Gałuszka (2020) showed that plants generally had a similar pattern for uptake regardless of the land usage, proving quite the opposite of earlier studies by Laul and Weimer (1982) and Pisciotta (2017), since this would mean that regardless of geochemical background, plants had a certain physiological signature for REE-uptake. In the context of Krzcuik and Gałuszka (2020) it should be noted that researchers did find some differences based on collection of samples inside or outside of AMD areas. A study conducted by Barbera et al. (2021) actually showed that a planted system when spiked with REE did not necessarily lead to increased uptake of REE into the above-ground tissue. Barbera et al. (2021) instead shows increased REE concentration in the below ground tissue with limited transfer of REE into the above-ground tissue. Wyttenbach et al. (1998) similarly refuted the idea that the growth media was completely responsible for REE fractionation in above-ground tissues. Thus, there is evidence to support claims from each of these previous studies and create a more cohesive theory that both geochemical background and plant type contribute to REE patterns in plant tissues. The results from the present study seem to indicate that some plant types may be reflective of the area geochemistry, whereas others may show increased fractionation of soil REE, which demonstrates the importance of capturing many plant species in differing contexts.
5 CONCLUSION
Using samples from three Portuguese legacy mine sites, this study reaffirms previous findings that AMD waters tend to be enriched in MREE as compared with LREE and HREE. Through the coupled recovery of water, soil and plant samples, this research contributes to a growing body of work proving that 1) the substrate plays a role in the fractionation of REE into plant tissue and 2) the plant type can also contribute to REE fractionation.
Samples collected from inside of the mining sites had elevated dissolved REE concentrations in water samples, matched with a higher BCF in plant samples. This demonstrates the importance of the dissolved metal pool on the bioavailability of REE. Further sampling and identification of chemical speciation is recommended as the signatures for REE indicate some differences amongst soil types leading to differences in REE bioavailability. There were also no statistical differences in the BCF for plants based on the site in which they were collected from. This combined with the elevation of MREE in plant tissue may indicate that the dissolved REE pool plays a more significant role in plant REE uptake than the soil mineral REE. The concentration of REE in the soils collected from the rhizosphere and bulk soils were not statistically different, showing that the soil pool of REE in the plant rhizosphere was not significantly depleted when compared with unplanted soils.
Differences in uptake may be due to plant physiology as well. This hypothesis is supported by the fact that although the soils, aquatic sediments, and waters in this study had similar features, certain plants, such as P. aquilinum, seemed better adapted to extracting particular REE over others. Though it was anticipated that plant types commonly used in passive treatment systems, such as J. acutus, would perform best in extracting REE, very little REE was associated with the above-ground mass of these plants. Though the REE share physiochemical properties, there was observed preferential transfer of LREE and Eu into the aerial parts of certain plants. Thus, the unique geochemical context in which MREE is enriched in the dissolved phase, when combined with the preferential translocation of LREE and Eu based on plant type, creates each plant’s REE signature.
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Marine biogeochemical models are an effective tool for formulating hypothesis and gaining mechanistic understanding of how an ecosystem functions. This paper presents a comprehensive review of biogeochemical models and explores their applications in different marine ecosystems. It also assesses their performance in reproducing key biogeochemical components, such as chlorophyll-a, nutrients, carbon, and oxygen cycles. The study focuses on four distinct zones: tropical, temperate, polar/subpolar, and high nutrient low chlorophyll (HNLC). Each zone exhibits unique physical and biogeochemical characteristics, which are defined and used to evaluate the models’ performance. While biogeochemical models have demonstrated the ability to simulate various ecosystem components, limitations and assumptions persist. Thus, this review addresses these limitations and discusses the challenges and future developments of biogeochemical models. Key areas for improvement involve incorporating missing components such as viruses, archaea, mixotrophs, refining parameterizations for nitrogen transformations, detritus representation, and considering the interactions of fish and zooplankton within the models.
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1 INTRODUCTION
Marine biogeochemistry concerns the interactions between physical, geological, chemical, and biological processes that influence the cycling of key elements and organisms within the oceans, along the ocean floor and water column, and between the ocean and the atmosphere (Achterberg, 2014). Carbon (C) is one of the primary elements in marine biogeochemistry owing to its importance in both the Earth’s climate and living organisms. The other important elements considered include nitrogen, oxygen, phosphorous, silicon, and iron. When these become limiting in the marine environment, they affect the growth of phytoplankton and consequently of zooplankton that graze them (Dutkiewicz et al., 2020). Phytoplankton play a critical role in the biogeochemical cycling through their carbon and nutrient fixation during the photosynthesis process (Munhoven, 2013),whereas, zooplankton consume phytoplankton as one of their primary sources of food and process a significant portion of carbon and nutrients (Ford et al., 2018). Thus, modelling the biogeochemistry of the ocean is an important step toward understanding its primary productivity and eutrophication, as well as the cycling and variability of nutrients (Malone and Newton, 2020). The availability of nutrients along with other physical factors such as light and temperature drives ocean’s primary productivity (Ford et al., 2018). However, the excessive/unbalanced enrichment of water with nutrients (eutrophication) can result in accelerating growth of phytoplankton yielding to unfavourable disturbance to the balance of organisms in the water as well as water quality (Malone and Newton, 2020). Therefore, over the last two decades, marine biogeochemical models have been developed and widely utilized to explore how primary production responds to physical environment disturbances (e.g., El Nino, surface light, temperature increase) at a variety of temporal and spatial scales. Many of these models have originated from the pioneering efforts carried out by Steele in 1958 (Steele, 1958). In his plankton-based model, the assumption was made that the mixed layer is biologically homogeneous, with physical mixing rates (due to factors like wind, tides, and currents) being faster than the growth rate of organisms. The assumption of a homogeneous mixed layer may not hold for deep mixed layers, like the northeast Atlantic Ocean, where increased depth leads to greater light limitation instead of nutrient limitation. Phytoplankton growth occurs near the surface, where light is abundant despite the deep mixed layer. Thus, physical mixing alone cannot overcome the density differences between nutrient-rich deep water and the surface layer. As a result, nutrient depletion may occur in the surface layer, which can restrict organism growth and decrease primary production rates. Hence, Riley revised Steele’s model by assuming that the depth of the euphotic zone fluctuates with chlorophyll-a (Chl-a) content (Chl-a influences depth of PAR through shading) rather than being fixed arbitrarily (Riley, 1965). It is important to note that light attenuation is also influenced by other particles and water properties within the water column, which can contribute to the overall light availability for photosynthetic activity. Riley’s model also assumes an increase in the carbon: Chl-a ratio with the decrease in nutrient availability. More recently, most of the new models have used nitrogen as fundamental currency and accounted for a simplified food web that distinguishes phytoplankton and zooplankton, along with a regeneration network that incorporates detritus, dissolved organic nitrogen, and several nutrients. The classical NPZD (Nutrients, Phytoplankton, Zooplankton, and Detritus) approach, developed by Fasham et al. (1990)., is one of the earliest and most widely cited biogeochemical models. These main four compartments include biotic (e.g., phytoplankton, zooplankton) and abiotic (e.g., ammonium, nitrate, dissolved organic/inorganic carbon (DOC/DIC), particulate organic carbon (POC)) elements) (Sarmiento et al., 1993).The simplest form of NPZD is presented in Equations 1–4.
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Where dDIN/dt, dP/dt, dZ/dt, and dD/dt are rate of change of nutrient, phytoplankton, zooplankton, and detritus respectively. DIN is the dissolved inorganic nutrient. Uptake is the rate at which phytoplankton consumes nutrients. Remineralisation is the rate at which organic matter is breaking down into nutrients. I is growth rate of phytoplankton due to light and nutrient availability. m is phytoplankton mortality rate. g is zooplankton grazing rate on phytoplankton. h is zooplankton mortality rate. mP and hZP are the rate of detritus generation due to phytoplankton and zooplankton mortality respectively. r is the rate at which detritus (D) is remineralized into nutrients.
The most applied form of nutrient uptake by phytoplankton is the Michaelis-Menten/Monod saturation function, which relates phytoplankton’s growth rates to the concentration of a limiting nutrient (Monod, 1949). However, Droop approach (Droop, 1973; Droop, 1983) suggested that the growth rate is more likely dependent on cells’ internal rather than the external concentration of nutrients, and cells could absorb more nutrients than are required for growth (luxury uptake of nutrients) (John and Flynn, 2000; Cherif and Loreau, 2010). Hence, the growth of phytoplankton can be described by a function of internal concentration (quota model-(Droop, 1973; Droop, 1983)). In addition, it is argued that the growth rate is determined by the most limiting process, either light limitation or nutrient uptake, permitting for switching between the two (Franks, 2002).
Recently developed ocean biogeochemical models with increased complexity can accommodate more than 70 state variables (Follows et al., 2007) (Figure 1). In addition to these models, several other biogeochemical models have focused on the inorganic carbon cycle. For instance, the Hamburg model of the oceanic carbon cycle (HAMOCC) was initially a pure inorganic carbon cycle model and was utilized to evaluate both the inorganic carbon cycle and the ocean model residence time properties (Maier-Reimer and Hasselmann, 1987). The Hadley Centre Ocean Carbon Cycle (HadOCC) model which was primarily developed for global climate studies is another example of a carbon cycle model which incorporates the full suite of biogeochemical processes (Cox et al., 2000).
[image: Figure 1]FIGURE 1 | Schematic representation of the ocean biogeochemical models varying in complexity from the most basic NPZ form to those with more state variables and processes (high complexity). The labelled rectangular boxes are model variables, and processes are represented by arrows. Sediment interactions are represented which is comprised of different approaches.
Despite the importance of phytoplankton in carbon fixation in the surface ocean, direct measurements of their carbon biomass are rare, and that multiple factors, including physical processes and microbial activity, contribute to carbon export and remineralization in the oceanic carbon cycle (Hood et al., 2006). Chlorophyll (Chl-a) which is a pigment present in phytoplankton to photosynthesize is commonly used to estimate phytoplankton biomass. Chlorophyll has distinctive optical properties (Macintyre et al., 2000) and is controlled by a complex interplay of physiologic, oceanographic, and ecological ocean factors (Sverdrup, 1953; Wroblewski et al., 1988). Furthermore, the relationship between chlorophyll concentration and phytoplankton biomass is nonlinear and the ratio of chlorophyll to biomass varies by an order of magnitude under photoacclimation (Fennel, 2003; Cullen, 2015). Several biogeochemical models (Moore et al., 2002; Aumont and Bopp, 2006; Follows et al., 2007; Vichi et al., 2007), although not all of them, use a parameterization of photoacclimation to take into account changes in the phytoplankton biomass to chlorophyll ratio (Geider et al., 1997).
Along with Chl-a as being an important state variable in the biogeochemical models, macronutrients such as nitrogen, phosphorous, silica (necessary for diatom phytoplankton), and micronutrient iron play a significant role in phytoplankton growth and Chl-a production. These nutrients exist in the oceans with varying concentrations due to a variety of factors including regional variations in nutrient sources, physical processes like ocean currents and mixing, biological uptake and recycling, the impact of atmospheric deposition, and terrestrial runoff. In addition, seasonal fluctuations, upwelling events, and nutrient limitation regimes (Anderson et al., 2002; Smith, 2006; Davis et al., 2015; Yang et al., 2017) can have an impact on nutrient availability, which increases the geographical and temporal variability in nutrient concentrations across oceanic regions. Due to the increase of anthropogenic activities, coastal ecosystems receive high levels of nitrogen and phosphorous leading to eutrophication. Excessive nutrient enrichment can result in algal blooms (Chl-a concentrations above 40 g L-1) (Clarke et al., 2009). Ecosystems in various regions, such as the Baltic Sea (Vahtera et al., 2007; Rönnberg and Bonsdorff, 2016), Chesapeake Bay (Murphy et al., 2022), and the Gulf of Mexico (Rabalais et al., 2002), have experienced imbalances due to eutrophication, including oxygen depletion, loss of biodiversity, and negative effects on fish and shellfish populations.
Eutrophication can cause frequent hypoxia or anoxia (Officer et al., 1984; Naqvi et al., 2000; Soetaert and Middelburg, 2009) emphasizing the need for biogeochemical models in monitoring water quality and alerting ecosystem managers of pollution incidents (Fennel et al., 2019). These models simulate and predict fluctuations in water quality indicators, considering primary production, oxygen levels, and nutrient dynamics. By utilizing field observations and real-time monitoring data, these models can provide valuable insights to mitigate ecological imbalances promptly (Piehl et al., 2022).
In addition to macronutrients, iron is a major limiting nutrient in high latitudes seas, such as the subarctic Pacific Ocean, Southern Ocean, and southern Indian Ocean (Miller et al., 1991; Moore et al., 2004; Hamilton et al., 2020). In many regions, the atmosphere serves as the primary source of iron, which is transported as aerosols and often associated with soil dust (Fung et al., 2000; Sarthou et al., 2003). However, Iron sources can vary in different regions, including coastal Antarctica. It is essential to note that dust is not the predominant source of iron in all regions. In coastal areas, such as coastal Antarctica, diverse sources, including glacial melt and diagenesis, are considered to understand the origins of iron (Gerringa et al., 2012; Sherrell et al., 2018; Dinniman et al., 2020). Dissolved oxygen is another crucial state variable in ocean biogeochemical models, impacting the ecological and biogeochemical structure of marine ecosystems (Wilson et al., 2019). Oxygen depletion and hypoxia can occur due to factors like nutrient loading and insufficient oxygen replenishment. In regions where oxygen levels decrease significantly, known as hypoxic regions, the intensification of hypoxia leads to denitrification and the formation of oxygen minimum zones (OMZs) (Stramma et al., 2010; Stramma et al., 2009; Stramma et al., 2008; Karstensen et al., 2008; Levin and Breitburg, 2015; Lachkar et al., 2016; Lachkar et al., 2019; Lachkar et al., 2020; Levin, 2018; Grégoire et al., 2021). Coastal zones or upwelling regions are typical locations for these hypoxic regions in the ocean (Gobler and Baumann, 2016).
Biogeochemical models have been used in various ecosystems of the world ocean, and for the purpose of our study, we have classified the regions into four distinct zones: tropical, temperate, polar/subpolar, and HNLC. The tropical zone spans approximately 40% of the Earth’s surface, stretching from the Tropics of Cancer (latitude 23.5°N) to the Tropic of Capricorn (latitude 23.5°S) (Val et al., 2023). The zone is primarily defined by consistently high temperatures with a sea surface temperature above 20°C and an abundance of sunlight, which leads to high primary production and nutrient cycling. However, there may be some variation in precipitation patterns, humidity levels, and cloud cover across different regions within the tropical zone, which can influence local climate conditions (Lønborg et al., 2021). However, temperate regions are those with latitudes from 35° to 50° North and South and is marked by moderate sea surface temperatures and seasonal variations in nutrient availability and primary production (Lønborg et al., 2021). In tropical coastal waters, sea surface temperatures typically range between 20°C and 32°C. Temperate coastal waters, on the other hand, have a wider temperature range, ranging from 0°C to 25°C, with greater seasonal variation than tropical locations. Although seasonal variations are still noticeable in tropical coastal waters, they are not primarily driven by temperature (Eyre and Balls, 1999). The polar/subpolar zone is covering the Arctic and Antarctic regions (the areas between 60 degrees and the poles) and is defined by low sea surface temperatures usually range from −1°C and 14.7°, sea ice cover, and limited sunlight, leading to low primary production and nutrient cycling (Schultz, 1995). Finally, the HNLC (High Nutrient Low Chlorophyll) zones are regions where the abundance of phytoplankton biomass (or Chl-a) is low and almost constant, and macronutrients, in particular nitrates, are never considerably depleted (Edwards et al., 2004). These regions constitute more than 20% of the global ocean (Martin et al., 1994) and is found in areas where iron availability is low and limits the growth of phytoplankton, which are the base of the marine food web. The HNLC zones are found in areas of the Southern Ocean, the equatorial Pacific, and parts of the North Pacific and North Atlantic, Figure 2.
[image: Figure 2]FIGURE 2 | World ocean map with the indicated climatic zones presented in this study. The symbols on the map indicate regions where biogeochemical modeling studies, discussed in the review, have been conducted. Boxes with dashed outline are regions where HNLC zone mentioned in the text.
Herein, we describe existing biogeochemical models used to study various ecosystems for the present state in the global oceans at the regional and global scale, and assess their performance, strengths, uncertainties and limitations in estimating several biochemical components, including Chl-a, macronutrients (e.g., nitrate, phosphate, silicate), micronutrients (iron), carbon and oxygen cycles. This paper begins with a section that describes different modelling approaches, components, assumptions and structure. Then, the assessment of applications of these models in different ecosystems of the global oceans are discussed.
2 BIOGEOCHEMICAL MODELLING APPROACHES
The existing biogeochemical models are categorized herein by their different level of complexity in terms of the number of phytoplankton functional types (PFTs), different forms of inorganic and organic matter, physics, and deep sediments incorporation.
2.1 Classical NPZD approach
The classical NPZD approach is an improvement of the NPZ (Evans et al., 1985; Franks, 2002) which considers a single variable for each compartment (nutrients - phytoplankton - zooplankton - detritus, sometimes including a different compartment for bacteria) neglecting the differences between the different biological types (Fasham et al., 1990; Fasham, 1993; McGillicuddy et al., 1995b). In this approach, nitrogen is typically considered a limiting nutrient because it is a necessary component of chlorophyll, nucleic acids, and proteins, all of which are important for the growth of phytoplankton and photosynthesis (Liefer et al., 2019). Also, compared to other nutrients, nitrogen availability is frequently limited, which can have an adverse effect on the entire food web by limiting phytoplankton development (Bristow et al., 2017). The detritus component accounts for the organic matter pool, which is derived from faecal materials, the fraction non-assimilated by grazing zooplankton and phytoplankton decay. The detritus is recycled by bacteria and degraded to dissolved organic nitrogen, or digested by zooplankton (Leles et al., 2016). The process through which autotrophic organisms, including phytoplankton, produce organic matter by converting sunlight and nutrients into biomass referred as primary production. Contrarily, in secondary production, organic matter is consumed by heterotrophic creatures like zooplankton, which graze on primary producers or consume other organisms.
2.2 Improving nitrogen and carbon flux and adding other elements
Modifications have been made in the classical NPZD approaches to improve the estimation of nitrogen and carbon flux (Fennel et al., 2006), with the addition of variable Chl-a and introducing a nitrogen-based nutrient-phytoplankton-heterotroph model which is of intermediate complexity with respect to Fasham’s and McGillicuddy’s models (Fasham et al., 1990; McGillicuddy et al., 1995a). Although nitrate is considered one of the most important limiting nutrients for the growth of phytoplankton biomass and primary production in open ecosystems; in some locations, such as the equatorial Pacific, North Pacific, and the Southern Ocean, nitrate (NO3) levels may exceed 4 µM (central Pacific) and phytoplankton biomass is low (Chai et al., 1996). The high nitrate and low Chl-a (HNLC) conditions observed in these regions are commonly associated with limited iron availability (Leonard et al., 1999; Pitchford and Brindley, 1999; Venables and Moore, 2010).
Nevertheless, in high-latitude areas, other factors besides the iron deficiency may also inhibit phytoplankton growth. Low temperatures (Rhee and Gotham, 1981), imbalanced nutritional stoichiometry (Gerhard et al., 2022), short days and prolonged cloud cover (ChrEilertsen and Degerlund, 2010), and grazing pressure (Dale et al., 1999) from higher trophic levels are some examples of these constraints. Leonard et al., 1999 accounted for iron limitation (nutrient compartment) in his extended NPZD model with the employment of nine compartments. The model incorporated iron partitioning into new iron and regenerated iron, as well as dissolved iron bioavailability in the marine environment. Following these developments, Galbraith developed the Biogeochemistry with Light Iron Nutrients and Gases (BLING) model, also based on NPZD (Galbraith et al., 2009). This model employs a specific approach to isolate the global impact of iron on two major features of photosynthesis: maximum light-saturated photosynthesis rates and photosynthetic efficiency. The model uses sophisticated parameterizations or algorithms to separate and quantify the impact of iron on these distinct components. These sophisticated formulations take into account various factors and processes, such as iron uptake mechanisms, iron limitation effects, and biochemical reactions, to provide a detailed understanding of how iron affects photosynthetic process. The model also considers an implicit representation (without explicitly modeling it as a separate parameter or variable) of the growth rate of phytoplankton.
The proportion of the main elements in most biogeochemical models is commonly described with a constant elemental ratio (stoichiometry): 106 C (carbon):16 N (nitrogen):1 P (phosphorous) (Redfield, 1933). This ratio is the most widely used stoichiometric reference for planktonic nutrient limitation (Ptacnik et al., 2010). Hence, biogeochemical models may consider simple growth formulations with constant C: Nutrients stoichiometry or neglect photo-acclimation by considering a constant Chl:C ratio. The classical Michaelis Menten equations are the simplest representation of phytoplankton growth (Monod, 1949) assuming a constant stoichiometric ratio between nitrogen, phosphorous, and carbon (Redfield, 1933; Ho et al., 2003; Quigg et al., 2003; Quigg et al., 2011; Finkel et al., 2006; Finkel et al., 2006). The Redfield ratio has been modified to take into account observed differences from the conventional ratio. As study by (Anderson and Sarmiento, 1994) have been conducted to analyse nutrient data and evaluate the variability of nutrient ratios under different conditions in several regions. Their research emphasizes the significance of taking into account context-specific elements that can affect nutrient stoichiometry, such as nutrient availability, microbial community composition, and ecological interactions Biogeochemical models that incorporate these modified formulations of the Redfield ratio use specific units (nitrogen, phosphorus, or carbon currency) to represent phytoplankton biomass and these models can generally be utilized for global scale studies (Aumont and Bopp, 2006; Follows et al., 2007a; Dutkiewicz et al., 2009). On the other hand (Droop, 1983), has more advanced and complex growth formulations which account for the dynamics of phytoplankton cell internal quota (Klausmeier et al., 2004; Bougaran et al., 2010; Bernard, 2011; Mairet et al., 2011; Wang et al., 2022). Thus, phytoplankton biomass in Droop’s model (Droop, 1983) is represented by at least two state variables, typically carbon and nitrogen currency. Different versions of Droop’s model have been embedded and utilized in 1D (Lancelot et al., 2000; Allen et al., 2002; Lefe et al., 2003; Mongin et al., 2003; Blackford et al., 2004; Salihoglu et al., 2008) and 3D (Tagliabue and Arrigo, 2005; Vichi et al., 2007; Vichi and Masina, 2009; Vogt et al., 2010) marine biogeochemical models. In these models, Chl-a dynamics can be also defined with various levels of complexity. The ratio of Chl: C can be constant (non-photo-acclimation), or prognostic with a dynamic behaviour (Flynn and Flynn, 1998; Geider et al., 1998; Ross and Geider, 2009) or diagnostic with an empirical (Bernard, 2011) and mechanistic relationships (Geider and Platt, 1986; Doney et al., 1996; Bissett et al., 1999). These approaches vary in terms of their level of complexity, assumptions, and underlying mechanisms employed. The constant Chl:C ratio method is the simplest, assuming no acclimation or variation in Chl-a concentration. Prognostic techniques enable dynamic modifications of the Chl-a:C ratio, capturing phytoplankton’s adaptation to changing environmental conditions. Both empirical and mechanistic diagnostic techniques estimate Chl-a content based on observational or mechanistic correlations, respectively, without explicitly modelling the physiological processes. Each method provides information about the regulation of Chl-a dynamics and their ecological implications in marine ecosystems.
Other complexities have been added to the simple NPZD model, including 1) dissolved organic nitrogen in order to allow for a comprehensive representation of a significant nitrogen pool, particularly in regions where high primary productivity is observed (Hood et al., 2001; Druon et al., 2010), 2) oxygen cycle which is known to be an essential component to represent the oxygen minimum zone caused by excessive denitrification (Naqvi et al., 2000; Codispoti et al., 2001).
2.3 Increasing the biological complexity
Unlike the simple NPZD, more complex models include different phytoplankton functional types (PFTs) and at least 15 state variables (e.g., Gregg, 2000; Gregg et al., 2003; Moore et al., 2004; Le Quéré et al., 2005; Dutkiewicz et al., 2009; Stock et al., 2014b; Wright et al., 2021; Luo et al., 2022). Considering a range of plankton groups and increasing the number of variables allows for a more thorough assessment of ecological interactions. Table 2 provides a summary of the models presented in this section, emphasizing their key characteristics and improvements. Here, we expand on the interpretation of each model improvement and discuss the relevance of increasing the number of variables.
The incorporation of Plankton Functional Types (PFTs) in biogeochemical models has been pursued to improve the accuracy of marine ecosystem representations (Anderson, 2005). Notably, the integration of additional complexity beyond NPZD models presents challenges, including limited understanding of ecology, data constraints, and the need to consolidate diversity within functional groups (Anderson, 2005). This approach is exemplified in biogeochemical models such as ERSEM (European Regional Seas Ecosystem Model) versions 1 and 2 (Baretta et al., 1995; Baretta-Bekker et al., 1997; Blackford et al., 2004). ERSEM adopts a functional role-based classification of biotic groups, categorizing phytoplankton as producers, bacteria as decomposers, and zooplankton as consumers, employing a general lower trophic approach. This approach is similar to the functional roles in an NPZD model, where each component has specific functions within the nutrient dynamics and planktonic community interactions. However, what distinguishes ERSEM from other NPZD models is its comprehensive integration of ecosystem-specific processes and interactions, allowing for a more tailored representation of biotic groups and their functions. The division of the food web into three functional categories is based on traits, including silica uptake, maximum growth rate, and nutrient affinity. The ERSEM model was initially applied to the North Sea to study the seasonal cycling of nutrients (i.e., nitrogen, phosphorous, silica, carbon). ERSEM was later modified to produce the Biogeochemical Flux Model (BFM), which accounts for the Chemical Functional Families (CFFs) in the state variables. The CFFs is split into living, non-living, and inorganic states (Vichi et al., 2007).
The Pelagic Interactions Scheme for Carbon and Ecosystem Studies (PISCES) is another example of a simple PFT model adapted from HAMOCC (Aumont et al., 2003) and extensively and widely applied in more than a hundred studies directly or indirectly (Aumont et al., 2015) The NASA Ocean Biogeochemical Model (NOBM) is a PFT model coupled with the Ocean-Atmosphere Spectral Irradiance Model (OASIM) (Gregg, 2001; Gregg et al., 2009) and is capable of simulating global-scale biogeochemical cycles. Additionally, the PlankTOM model describes the lower trophic level of marine ecosystems and has various extensions with different numbers of PFTs (Le Quéré et al., 2005; Kwiatkowski et al., 2014).
The Model of Ecosystem Dynamics, nutrient Utilization, Sequestration and Acidification (MEDUSA) includes the biogeochemical cycles of iron, silicon, and nitrogen as well as small and large plankton size classes (Yool et al., 2011; 2013). MEDUSA focuses on the biological sequestration of carbon in the deep ocean. Similarly, the Tracers of Phytoplankton with Allometric Zooplankton (TOPAZ), developed by Dunne et al., 2010, focuses on simulating the interactions among phytoplankton and allometric zooplankton, emphasizing their roles within the ecosystem dynamics.This model has been implemented in several studies (Jung, et al., 2019a; Bronselaer et al., 2020; Sharada et al., 2020) and extended in the Carbon, Ocean Biogeochemistry and Lower Trophics (COBALT) model, which improves the planktonic food web dynamics resolution to examine the influence of climate on the flow of energy from phytoplankton to fish (Stock et al., 2014a). Since the planktonic food web representation in TOPAZ is highly idealized due to an implicit representation of zooplankton and bacteria, COBALT addressed these limitations by including three explicit zooplankton groups and bacteria with a mechanistic parametrization of the impacts of these groups on the biogeochemistry (Stock et al., 2014b).
The DARWIN biogeochemical model is a more complex PFT model allowing for several different configurations and number of PFTs. It is initially developed to study Prochlorococcus species (Follows et al., 2007b) and later applied to global distributions of phytoplankton (Dutkiewicz et al., 2015; Lo et al., 2019). Nevertheless, the Regulated Ecosystem Model (REcoM) is based on a functional group approach (Schourup-Kristensen et al., 2014) and has also been commonly used in the Southern Ocean studies (Taylor et al., 2013; Losch et al., 2014; Hauck and Völker, 2015).
The complexity of the aforementioned PFT models depends on the number of the independent elements, processes parameterization (e.g., shape of functional responses, number of parameters, linear vs. nonlinear) along with the number of PFTs considered (Ford et al., 2018). As the number of PFTs increases, the complexity of the model increases as well. Generally, adding complexity to the model does not necessarily improve the model’s performance as the addition of complexity will require validation of each component of the ecosystem. Even under ideal circumstances, biogeochemical observations are lacking for full spatiotemporal coverage. As a result, the validity of additional processes is sometimes simply determined by how much they contribute to certain quantities like the total chlorophyll content (Ford et al., 2018). These studies comparing models of varying complexity have typically concluded that increasing model complexity does not always result in an increase in model skill (Friedrichs et al., 2007; Kriest et al., 2010; Ward et al., 2013; Kwiatkowski et al., 2014; Xiao and Friedrichs, 2014).
2.4 The addition of several classes of organic matter and bacteria
Bacteria play a key role in their contribution in the microbial loop, particularly in the recycling of dissolved organic matter (DOM) and provide a linkage between the higher trophic level and the dynamics of DOM (Pauer et al., 2014). In biogeochemical models studying dissolved organic matter (DOM) dynamics, various classes of organic matter, along with chemical elements and Plankton Functional Types (PFTs), have been incorporated. DOM is divided into three distinct pools based on its lability: labile DOM, semi-labile DOM, and refractory DOM. Labile DOM consists of organic molecules with a lifespan ranging from minutes to days. Semi-labile DOM undergoes decomposition over a period of 1–20 years and typically accumulates above a seasonal or permanent pycnocline. Refractory DOM, the most abundant component, exhibits the longest residence time in the water column, persisting for tens of thousands of years (Carlson and Hansell, 2015; Osterholz et al., 2015).
The ratios of DOC:DON vary among different DOM pools. The refractory DOM pool has a ratio of 3511:202, whereas the labile DOM pool has a ratio of 199:20 (Hopkinson and Vallino, 2005). These ratios indicate the relative amounts of dissolved organic carbon to dissolved organic nitrogen within each pool. It is essential to consider these ratios when incorporating DOM dynamics into biogeochemical models.
DOM in the oceans is an important input to the biogeochemical cycle, with the ocean’s DOC pool serving as the biosphere’s largest storage facility for reduced organic carbon (Hansell et al., 2009). Labile and, to a lesser extent, semi-refractory pools are driven by microbial reactions. In the microbial loop, the DOC-bacteria pathway constitutes a primary mechanism through which primary production is eitherrespired to CO2, directed to higher trophic levels, or transformed into refractory compounds. However, the refractory DOC is transported deep into the ocean (Anderson, 1999; Kahler and Koeve, 2001).
The aforementioned different forms of organic matter have been incorporated into some biogeochemical models. For instance, the semi-labile DOC and semi-labile dissolved organic nitrogen (DON) have been included in biogeochemical models that focus on regions known of their high primary productivity, particularly coastal and continental shelves regions (Druon et al., 2010; Fennel, 2010; Xue et al., 2013). These areas are potential sites for sediment denitrification and organic carbon transport to the open ocean (Devol and Christensen, 1993; Rao et al., 2007; Fennel et al., 2008; Druon et al., 2010). Another study by Schartau et al. (2007) considered the labile DOM exudation and extracellular POC formation. This process occurs during the growth of phytoplankton in which the assimilation of dissolved inorganic carbon (DIC) by phytoplankton is exuded as DOC, which is simultaneously converted into extracellular POC. A significant proportion of extracellular POC is available as transparent exopolymer particles (TEP), which consist mainly of dissolved polysaccharides (PCHO). PCHO exudation is associated with high consumption of DIC that is not directly measurable from the use of dissolved inorganic nitrogen (DIN), a phenomenon known as carbon overconsumption (Toggweiler, 1993).
2.5 Benthic-pelagic coupling
Sediment processes have been also integrated into the pelagic biogeochemical models to investigate the impact of atmospheric conditions on the ecosystem dynamics, the distribution of sediments processes in the water column, and the nitrogen budget derivation (Soetaert et al., 2001; 2000; Arthur et al., 2016; Ehrnsten et al., 2019; Kearney et al., 2020). The lack of sediment regeneration of nutrients in the biogeochemical model may lead to underestimating primary productivity (Liu et al., 2007). Adding a representation of marine sediment in biogeochemical models is important, particularly in shallow water regions like shelves, where strong vertical mixing occurs. This inclusion helps to accurately account for nutrient recycling from sediments to surface waters, preventing the underestimation of productivity (Yool et al., 2013). However, it is crucial to emphasize that in many models, sediment is represented as a boundary condition with simplistic representation, and even global models that address diagenesis frequently lack a thorough representation of the benthic ecosystem.
While incorporating sediment interactions in biogeochemical models is important to understand the linkages between sediment diagenetic processes and the global carbon cycle (Middelburg, 2018; Snelgrove et al., 2018), many models use an oversimplified representation of sediment. Several regional models have been developed to examine specific areas of the ocean at different timescales, yielding important insights into biogeochemical processes. These models such as (Soetaert et al., 2000) and the Ecological ReGional Ocean Model with vertically resolved sediments (ERGOM SED 1.0) (Radtke et al., 2019) also add to the discussion of sediment representation and its effects on oceanic and coastal ecosystems. For example, in a coastal environment (Reed et al., 2011), investigated the dynamics of sedimentary phosphorus and the development of bottom-water hypoxia. Furthermore, the relationship between sediment dynamics and biogeochemical cycling was examined by (Radtke et al., 2019).
Marine sediments representation in the biogeochemical model can be parametrized using a meta-model that is based on the downward fluxes of organic matter (Middelburg et al., 1996), a sediment box module which uses simple 1D or 2D submodules in the pelagic model to represent a simple interaction of the water column with the sedimentary pools (Yool et al., 2013), or multilayer sediment modules with chemically active sediment layers (Heinze and Maier-Reimer, 1999). Most of the biogeochemical models utilize sediment box modules or meta-models to examine eutrophication (Cerco et al., 2006; Soetaert and Middelburg, 2009; Fennel et al., 2011) or hypoxia in several regions, such as Tokyo Bay (Sohma et al., 2008), the Baltic Sea (Reed et al., 2011) and the North Sea (Lancelot et al., 2005; Meire et al., 2013).
3 APPLICATIONS OF BIOGEOCHEMICAL MODELS
The aforementioned models have been applied to resolve biochemical components including Chl-a, macronutrients (nitrogen, phosphorous, silica), micronutrients (iron), carbon and oxygen in different regions of the world’s ocean. Here, we will focus on the application of these biogeochemical models in four zones as described in the introduction section. Detailed assessments of the capabilities of these models along with their complexity through the addition of more components are provided here and summarized in Table 1. Further, the common statistical metrics for model assessment used in the analysed studies are illustrated in Table 2. To provide a comprehensive analysis of the model performance, Taylor diagrams (Taylor, 2001) are employed in various biogeochemical modelling studies. Taylor Diagrams are graphical tools that show several model performance metrics at the same time, providing an illustration of the model’s ability to capture observed data patterns. They can assist in comparing and ranking various models based on correlation, root mean square error, and standard deviation (Jolliff et al., 2009). We have added also a graphical illustration of the model’s performance separated for each zone along with their temporal scale and type of observational data used to validate the model variables, see Figures 3–7.
TABLE 1 | Overview of the biogeochemical models reviewed in this work showing their model approach, physical model, resolution, Nutrient/element cycling, the number of the living/non-living components and sediments formulation.
[image: Table 1]TABLE 2 | The common statistical metrics for model assessment used in the analysed studies.
[image: Table 2][image: Figure 3]FIGURE 3 | Biogeochemical variables performance for some of the models applied in the tropical ecosystems along with their temporal scale and type of observational data used to validate the model components.
[image: Figure 4]FIGURE 4 | Biogeochemical variables performance for some of the models applied in the tropical Pacific ecosystems along with their temporal scale and type of observational data used to validate the model components.
[image: Figure 5]FIGURE 5 | Biogeochemical variables performance for some of the models applied in the temperate, and tropical to subtropical ecosystems along with their temporal scale and type of observational data used to validate the model components.
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[image: Figure 7]FIGURE 7 | Biogeochemical variables performance for some of the models applied in the HNLC zone along with their temporal scale and type of observational data used to validate the model components.
3.1 Tropical zones
The aforementioned biogeochemical models have been applied in various tropical seas due to their high dynamism and significant biogeochemical activity, making them among the most active zones in the ocean (Lønborg et al., 2021). This section encompasses multiple regions, including the tropical Indian Ocean (specifically the Arabian Sea), the South China Sea, the tropical Pacific Ocean, and the oxygen minimum zone in the Arabian Sea. One prime example of a tropical ecosystem is the Indian Ocean, which experiences the world’s most significant monsoon system caused by the seasonal warming and cooling of massive air masses (Wiggert et al., 2005). In winter and summer, the wind patterns near the ocean change, with the southwest monsoon (SWM) providing half of the year’s wind and the northeast monsoon (NEM) providing the other half (Wiggert et al., 2005). The dynamics of the Arabian Sea’s (the most extensively studied ecosystem in the Indian Ocean) phytoplankton bloom clearly show a temporal alignment with the southwest monsoon and northeast monsoon (Madhupratap et al., 1996; Wiggert et al., 2005). Strong south-westerly winds during the summer propel coastal upwelling and offshore movement of entrained nutrients, which promote the Arabian Sea’s observed phytoplankton blooms (Brock and Mcclain, 1992; Hitchcock et al., 2000; Lierheimer and Banse, 2002). Modest north-easterly winds during the winter carry cool, dry air from the Tibetan Plateau over the northern Arabian Sea (Huang, 2010). Additionally, convective mixing during NEM entrains nutrients and promotes biological activity north of 15°N (Madhupratap et al., 1996). Thus, primary productivity and nutrients budgets in the Arabian Sea, spanning a temporal scale of seasonal variations and a spatial scale ranging from 5°S to 27°N are highly impacted by the seasonal cycle and mesoscale impacts (Resplandy et al., 2011). The primary production in terms of surface Chl-a production in the Arabian Sea is widely studied using several types of ocean biogeochemical models. For example, the estimated surface Chl-a by PISCES coupled to the Nucleus for European Modelling of the Ocean (NEMO) is compared with the weekly climatology of SeaWiFS (Sea-viewingWide Field-of-view Sensor Data). The PISCES-NEMO reproduced surface Chl-a levels of more than 0.2 mg m-3 during the NEM. It also predicted the maximum intensity of surface Chl-a, which exceeds 0.5 mg m-3, but underpredicted surface Chl-a by 30%–50% north of 20°N. This bias was found in other studies and may be attributed to the lack of diurnal layer mixing (Kawamiya and Oschlies, 2003; Wiggert et al., 2006; Koné et al., 2009). The bias in the bloom dynamics is explained by the lack of deepening of the mixed layer and nutrient feed (Wiggert et al., 2006), and light limitation (Koné et al., 2009). Another cause of inconsistencies in the PISCES model (Resplandy et al., 2011) is partially linked to the underprediction of silicate input from the Sea of Oman. PISCES captured the observed high surface Chl-a along the coasts of Somalia and southwestern India, reaching values higher than 0.4 mg m-3 during the SWM. On the other hand, it underestimated Chl-a in Oman. These inconsistencies can be attributed to the overprediction of the offshore advection by the Great Whirl and the Socotra Passage, resulting in an excessive outflow of warmer and oligotrophic waters from the Aden Gulf. Therefore, PISCES-NEMO showed better agreement with observations (seasonal SeaWiFS data) for the surface Chl-a distribution than in (Koné et al., 2009) with a correlation coefficient (r) around 0.6. These comparisons encompass a spatial scale ranging from 30°S to 30°N and from 30°E to 120°E, with a focus on seasonal variations. In addition to PISCES, the PFT model NOBM coupled with the oceanic general circulation and radiative forcing model was able to capture the intra-seasonal variability of the Indian summer monsoon, specifically focusing on the spatial scale of the Bay of Bengal (BOB) (6°–22° N; 80°–100° E) and Arabian Sea (AS) (3°–17° N; 55°–73.5° E) in the North Indian Ocean. The study showed important differences between the two regions indicating that the Arabian Sea is richer in nutrients than the Bay of Bengal with a coefficient of determination (R2) around 0.78 for the monthly mean surface Chl-a (Das et al., 2019). Furthermore, surface Chl-a is reproduced by Fasham-ROMS (Regional Ocean Modeling System), in the study region, which extends in latitude from 5°S to 30°N and in longitude from 34°E to 78°E. The performance of the model is evaluated by comparing its outputs with seasonal SeaWiFs observations, resulting in correlation coefficient ranging from 0.69 in summer to 0.74 in winter (Lachkar et al., 2017).
In addition to surface Chl-a estimation, surface nitrogen content in the Arabian Sea is estimated by the European Regional Seas Ecosystem Model (ERSEM) coupled with a 1D Princeton/Mellor–Yamada (Blackford and Burkill (2002). The model performance was assessed at three stations located at 19°N 59°E, 16°N 62°E, and 8°N 67°E, covering a seasonal timescale. The coupled model has a bias for surface nitrate concentration (3 mmol m-3) and lacks horizontal advective processes, which might be enhanced by including diurnal physical processes (horizontal advection, vertical mixing, or tidal currents). Another study by using Fasham-ROMS indicated a correlation coefficient (r) of 0.88 with observation for surface nitrate in summer. Nitrogen is not the only limiting nutrient affecting phytoplankton growth in the Arabian Sea and the ignorance of other components such as iron may underestimate nitrogen budget in the region. Iron, as an important limiting nutrient in the Arabian Sea, plays a significant role in facilitating nitrogen fixation, which is a crucial process driving biological productivity. However, nitrogen fixation is not taken into account in the NPZD, which may amplify the impact of denitrification on the nitrogen budgets in the Arabian Sea (Lachkar et al., 2017). A few studies have been conducted to examine the effect of iron limitation on global biogeochemical processes, including those in the Indian Ocean. For instance, studies using PFT approach, such as PISCES-ROMS and TOPAZ-MOM (Jung et al., 2019b) have explored the implications of iron limitation on various aspects, including macronutrient availability and ecosystem dynamics. Unlike the previous version of PISCES in (Aumont and Bopp, 2006), this version incorporated new parametrizations for iron chemistry and nitrogen fixation. PISCES exhibited a better iron estimate than TOPAZ, whereas TOPAZ showed larger bias with observation (SeaWiFS) (1.5 nMol m-3) (Jung et al., 2019b).
Another prominent feature of the Arabian Sea is its oxygen minimum zone which is noted for its low oxygen concentrations (<4 mmol/m-3) at depths of 150–1,250 m in the central part of the Arabian Sea. Thus, the dynamics of the oxygen minimum zone (OMZ) at spatial coordinates (65°E, 13°N) is studied by applying ERSEM coupled with General Ocean Turbulence Model (GOTM). The model incorporates most of the biogeochemical processes driving the dynamics of OMZ with the inclusion of denitrification process which was not considered in Butenschön et al. (2016). ERSEM-GOTM ignores the episodic intrusion of oxygen within the OMZ which may play a role in maintaining aerobic microorganisms. Therefore, the aerobic biomass within the OMZ is maintained by the residual initial conditions (Sankar et al., 2018). In addition, the model is unable to reproduce meso-zooplankton at depth, and the discrepancy between the estimates and the climatological seasonal cycles of nutrients and oxygen at depth might be due to the absence of lateral circulation in the model. Further studies on the OMZs in the Arabian Sea were investigated by Lachkar using a simple NPZD approach with the addition of the oxygen cycle (Fasham- ROMS) (Lachkar et al., 2017; Lachkar et al., 2019; Lachkar et al., 2020). Fasham-ROMS indicated that the primary productivity and OMZ are highly impacted by monsoon wind intensification, with an overall high correlation coefficient (r) 0.93 for oxygen (both seasons) in the upper layer. While the model’s horizontal grid resolution of 1/12° and vertical grid consisting of 32 sigma layers allow for some representation of eddy dynamics, the resolution may still be too coarse to fully capture all eddy processes.The OMZ intensity (oxygen concentration) has also been overestimated because of the underestimation of the northern Arabian Sea ventilation. Studies on OMZ in the Arabian Gulf are still limited.
In addition to the Indian Ocean, some parts of the Pacific Ocean are also located in the tropical zone, and south China Sea, which is the largest marginal seas of the West Pacific Ocean (Qi-zhou et al., 1994), is an example of an ecosystem that belongs to this region. Similar to the Arabian Sea, this region is largely controlled by seasonal monsoon circulation. Strong northeast (NE) winter monsoon and weaker southeast (SE) summer monsoon predominate at the sea surface of the South China Sea (SCS) (Qi-zhou et al., 1994; Li et al., 2021). Studies have shown a clear response of Chl-a and temperature of the upper oceanic conditions to atmospheric forcing in the SCS (Sun et al., 2009; Sun et al., 2010; Yang et al., 2010; Zhao et al., 2014). Estimates of the mean surface Chl-a has been reported with varying performances. A correlation coefficient (r) of 0.85 for the annual mean surface Chl-a is obtained by (Jung et al., 2019b) using both global PISCES and TOPAZ coupled to NEMO representing surface Chl-a concentration conditions (i.e., phytoplankton blooms) in the tropical Pacific. Furthermore, the monthly mean surface Chl-a was determined by PISCES-NEMO and TOPAZ-NEMO (Jung et al., 2019b) with r equal to 0.6 and 0.75, respectively. However, both models overpredicted the zonal averaged Chl-a in the Pacific Ocean east of Japan by 67%, primarily because of errors in the Kuroshio current path, as seen in low-resolution models (Gnanadesikan et al., 2002; Dutkiewicz et al., 2005; Aumont and Bopp, 2006). Nevertheless, the regional Chai’s NPZD model (Chai et al., 1996) configured for the central South China Sea was modified by adding phosphate, silicate, dissolved oxygen, DIC, two phytoplankton groups (diatoms, small phytoplankton) and their chlorophyll components (Chl1 and Chl2) has shown a correlation coefficient of approximately 0.62 for the monthly mean surface Chl-a in the SCS compared to SeaWiFS data (Ma et al., 2019). Other NPZD models were also applied in the tropical Pacific seas (SCS) to study the physical processes of mesoscale eddies’ impacts on biology such as in (Xiu and Chai, 2011). The study covered the entire Pacific Ocean, spanning from 45°S to 65°N and from 99°E to 70°W. The model exhibited a bias of approximately 0.05 mg m-3 (April) and ∼0.1 mg m-3 (September) for mean surface Chl-a concentrations when compared to SeaWiFS data for the respective months.
Other biogeochemical components such as nutrients including nitrate, phosphate, silicate, and iron have been estimated using global ocean biogeochemical models in the Pacific region. Higher positive bias for nutrients is obtained using the global TOPAZ-NEMO model compared to PISCES-NEMO in the Southern Pacific Ocean using the same physical model setup. With bias of 4.5 μmol kg−1,0.32 μmol kg−1, and 16 μmol kg−1 for nitrate, phosphate, and silicate respectively, with a higher positive bias in the central and southern Pacific for silicate (8 μmol kg−1). With regards to a NPZD based approach, Fasham-ROMS exhibited the impact of physical processes, such as lateral and vertical fluxes, as well as vertical diffusion in the shelf water, on nutrient distribution in the SCS (Ji et al., 2017; Lu et al., 2020) showing a reasonable linearity between the model estimates and field observations (JGOFS: a global, multidisciplinary program with participants from over 20 countries) for surface nitrate with R2: 0.95 (Ji et al., 2017). In (Ji et al., 2017), the model domain focused on the northwestern Pacific (NWP) region (3°–52°N, 98°–158°E), while in (Lu et al., 2020), the model domain extended from approximately 0.95°N, 99°E in the southwest corner to around 50°N, 147°E in the northeast corner.
With regards to iron, low surface concentrations of iron were predicted in the North and North Central Pacific, while high concentrations were predicted in the North and Equatorial Indian Ocean using global NOBM (Gregg et al., 2003). The model domain considered spans from approximately −84°S to 72°N latitude in increments of 1.25° longitude by 2/3° latitude. The overall correlation coefficient for the annual mean iron with in situ data is 0.86 and the reason for the iron overprediction is attributed to the lack of scavenging, excessive remineralization, and slow detritus sinking rate.
3.2 Temperate, and tropical to subtropical zones
Compared to the tropical zones, the temperate zone is characterized by moderate climate with mean annual temperatures. Average monthly air temperatures in the temperate zone typically exceed 10°C during the warmest months while water temperatures generally remain above −3°C, with a minimum around ∼-2°C. (Trewartha and Horn, 1980). In contrast, the subtropical zones, located between the tropical and temperate zones, are characterized by hot summers and moderate winters. Some parts of the North Atlantic Ocean comprises both temperate and varying tropical to subtropical zones. Biogeochemical studies in this region have focused on understanding primary productivity in continental shelves and coastal areas, which are highly productive ecosystems and are significantly influenced by human activities (Economidou, 1982; Fennel, 2010). Additionally, air-sea CO2 fluxes in coastal waters exhibit greater variability and larger amplitudes compared to fluxes in the open ocean (Tsunogai et al., 1999; Cai et al., 2003; Thomas et al., 2004). For instance, in the Mid Atlantic Bight, located in the central region of the eastern U.S. continental shelf, high primary productivity rates, sediment denitrification, and strong residual circulation contribute to the region’s significance as a potential source of organic carbon export to the open ocean (Druon et al., 2010). In the Northwest North Atlantic and other ecosystems within the region, many studies have utilized simple NPZD models to investigate the influence of physical processes on biological dynamics, rather than aiming to capture the full complexity of ecological interactions. Therefore, this section covers both coastal areas and open sea regions of the Mid Atlantic Bight, northeastern US continental shelves, Georges Bank, Gulf of Mexico, and Mediterranean waters. An example of such modeling approach is demonstrated in (Fennel et al., 2008), where the distribution of Chl-a, an indicator of productivity in the Atlantic regions, is predicted using a NPZD model. The model is coupled with a high-resolution physical model ROMS, which incorporates accurate descriptions of physical processes and an explicit representation of inorganic carbon chemistry and air-sea gas exchange of CO2 (Fennel et al., 2008). The model’s inclusion of tides in ROMS improves the seasonal mean surface Chl-a representations, showing good agreement with SeaWiFS climatology in Georges Bank (correlation coefficients: 0.75 in winter, 0.72 in spring, 0.85 in summer, and 0.83 in fall) (Fennel et al., 2008). In another study by Druon et al., 2010, Fennel’s model (Fennel et al., 2008) was further enhanced by incorporating a dissolved organic matter (DOM) module to investigate organic carbon dynamics in the North-eastern U.S. continental shelves. The model demonstrated good agreement with monthly satellite data, particularly in the inner shelf and on Georges Bank, attributing this agreement to tidal mixing and continuous nutrient suppl (Bias: Chl-a (with DOM) = 4 mg m-3, Chl-a (without DOM) = 6 mg m-3). The inclusion of the DOM module improved the model by capturing the role of dissolved organic matter in nutrient cycling and its influence on primary production in the North-eastern U.S. continental shelf. In a separate study by (Xue et al., 2013), phosphate cycling was omitted from Fennel’s model (Fennel et al., 2011) because previous studies (Rabalais et al., 2002) showed that the primary production is generally nitrogen limited in the Louisiana-Texas shelf in the Gulf of Mexico. Therefore, the correlation coefficient of the seasonal mean of simulated and observed (MODIS: Moderate Resolution Imaging Spectroradiometer) surface Chl-a for the spring, summer, fall and winter were 0.6, 0.65, 0.53, 0.45 respectively. The simulated data successfully captured the high concentration of surface Chl-a in coastal areas close to main rivers, such as the Bay of Campeche, Campeche Bank, and the Louisiana-Texas shelf, whereas Chl-a concentrations were very low in the deep ocean. It is important to note that while Louisiana/Texas shelf in the Gulf of Mexico, as discussed in Xue et al. (2013), falls outside the tropics, the Gulf of Mexico circulation does include tropical latitudes. This reference to the Gulf of Mexico was mentioned to highlight the omission of phosphate cycling in Fennel’s model due to nitrogen limitation in the primary production observed in the Louisiana-Texas shelf (Rabalais et al., 2002). In contrast to continental shelves and coastal areas of the Mid Atlantic Bight, some areas of the Atlantic Ocean and the Mediterranean Sea shows limitation of phosphate rather than nitrogen. The Mediterranean Sea encompasses the most oligotrophic ecosystems in the global ocean, with low nutrient and low chlorophyll content (Krom et al., 1991; Durrieu et al., 2011; Thingstad et al., 2014), being characterised by strong seasonality as well as highly dynamic system in terms of physics and biology (Ortenzio et al., 2009; Christaki et al., 2011). This limitation of phosphate was modelled using ERSEM which accounts for variable stoichiometric formulation in phytoplankton cells allowing the adaptation of internal N:P quota to different limiting environments (Lazzari et al., 2016). ERSEM reproduced the seasonal cycle and the observed patterns of surface Chl-a and inorganic nutrients in the Mediterranean Sea (MS). The interannual variability of Chl-a showed an agreement of r: 0.75 with SeaWiFS observation for the MS. However, the model underestimates phytoplankton blooms in the western basin of the MS while overestimates the blooms in the eastern basin during spring chlorophyll peaks. This discrepancy is attributed to the overestimation/underestimation of the winter mixing intensity by the physical model (Kalaroni et al., 2019). The spatial variability of the simulated surface Chl-a was assessed by calculating the correlation coefficient (r) between the model outputs and SeaWiFS observations. The correlation coefficient (r) was found to be 0.64, indicating a moderate positive linear association between the two datasets. The standard deviation of the spatial model variability was computed to be lower than 1 (normalised), suggesting relatively low dispersion of Chl-a values across the Mediterranean Sea. The temporal variability, on the other hand, was evaluated using unbiased root mean square differences (RMSDs) for the annual mean surface spatial and temporal variability. The RMSD value for the annual mean surface spatial variability was 0.78, indicating the average magnitude of differences between the model simulations and the observed data. Likewise, the RMSD value for the annual mean surface temporal variability was 0.68, suggesting the average magnitude of differences between the model simulations and the observed data over time. Lower RMSD values indicate better agreement in terms of both spatial and temporal variations.
3.3 Polar/subpolar and seasonally stratified zones
The effects of climate change, such as a considerable decrease in ice extent and rising sea levels, can exacerbate stratification in polar and subpolar regions (Farmer et al., 2021). In addition, changes to the global climate system are anticipated to have a significant impact on polar and subpolar marine ecosystems through their effects on water temperature and sea ice cover hence affecting marine production and carbon cycle (Gibson et al., 2020). This section covers the Arctic Ocean, Antarctic Peninsula, Drake Passage, Scotia Sea, northern Weddell Sea, South Georgia, Barents Sea, Hudson Bay, Beaufort Gyre, Labrador Sea, Baffin Bay, Canadian Arctic Archipelago, Russian shelves (East Siberian Sea), and the Dotson Ice Shelf in West Antarctica, along with the adjacent Amundsen Sea Polynya. Several ocean biogeochemical studies in the polar region focused on the effect of climate change on the carbon cycle (MCGUIRE et al., 2009; Terhaar et al., 2021; 2019; 2020; Negrete-garcía et al., 2019; Bruhwiler et al., 2021) and nutrients dynamics (Hátún et al., 2017; Randelhoff et al., 2018; 2019; Tuerena et al., 2021). Therefore, carbon is estimated using biogeochemical models with the inclusion of an explicit representation of the DIC component, such as PISCES-MIT general circulation model (MITgcm), which have been used to qualitatively examine the carbon cycle in the Arctic Ocean and have demonstrated their capacity to capture observed seasonal and regional changes in dissolved pCO2 (Manizza et al., 2011). PISCES-MITgcm represented summer levels of surface pCO2 in the Canadian Archipelago (200–250 µatm) correctly, but underestimated pCO2 spring values (∼300 µatm) relative to observations (Carbon Dioxide in the Atlantic (CARINA) data set (Jutterstrom et al., 2010)) (400–450 µatm). The lack of riverine POC and the impact of terrestrial carbon resulting from coastal erosion in the model resulted in the underprediction of the observed carbon levels. Additionally, sedimentation and resuspension processes, which may be important to enrich the water column with carbon hence impacting air-sea gas exchange, were neglected in the model. When comparing PISCES-NEMO and TOPAZ-NEMO (Jung et al., 2019b) for annual mean (averaged over all depths) DIC, TOPAZ-NEMO’s results agreed with observation (r > 0.95), and the zonally averaged surface content was better represented by TOPAZ-NEMO in the Northern Hemisphere (bias < 10 μmol kg−1). However, surface mean DIC reproduced by TOPAZ and PISCES showed a bias of −90 and 90 respectively with GLobal Ocean Data Analysis Project version 2 (GLODAPv2 (Lauvset et al., 2016)).
In addition, a modified version of Chai’s model (Chai et al., 1996) coupled to ROMS is applied over a model domain that spans the Antarctic Peninsula, Drake Passage, Scotia Sea, northern Weddell Sea, and South Georgia, indicating that dominant iron sources in the Scotia Sea are derived from sediments in the Antarctic Peninsula shelf along with the South Orkney Plateau (Jiang et al., 2019). In addition to these sources, the Antarctic Circumpolar Current, the northern side of the Weddell Gyre, upwelling, atmospheric dust deposition, and icebergs are the common sources of iron in the Southern Ocean (Jiang et al., 2019). However, the monthly means of iron levels estimated by the modified Chai’s model have shown an average overestimation by 0.26 nM, deviating from the observed average value of 0.35 nM, resulting in r: 0.76.
On the other hand, the representation of the monthly observed nitrate, mixed layer depth, as well as euphotic layer depth is reproduced in the Arctic region using a skill assessment of 21 regional and global coupled biogeochemical models based on a phytoplankton functional types, including PISCES, PlankTOM, COBALT, TOPAZ, HAMOCC, BIOMASS, MEDUSA, ERSEM, PELAGOS, PISCES and NOBM (Babin et al., 2016). Most of these models have shown a positive bias for depth-averaged nitrates, explaining the overestimation of nitrates in the upper layer (r ≤ 0.68), and none of these models were able to represent accurately the variability in field measurements (NOAA/NODC ArcNut database (Codispoti et al., 2013)). However, REcoM with its variable stoichiometry for phytoplankton’s growth and nutrient cycling (Geider et al., 1998), coupled with a high-resolution physical model: Finite Element Sea Ice-Ocean Model (FESOM), exhibited a correlation coefficient of (r = 0.75) for spatial seasonal surface values of both dissolved inorganic nitrogen (DIN) and silicate (Schourup-Kristensen et al., 2018). The simulated DIN concentration indicated low levels in the Russian shelves (East Siberian Sea) with the exception of the Lena Delta in which the nutrients are added to the water by the riverine supply.
As for the representation of Chl-a in polar ecosystems, the original version of BLING coupled with NEMO was used to study monthly high surface Chl-a levels (i.e., blooms) in the high-latitude eastern North Atlantic and the central Arctic (Castro de la Guardia et al., 2019). This model is compared with MODIS observations and showed R2: 0.76, 0.42, 0.81, 0.9, 0.1, and 0.93 in the Barents Sea (BB), Hudson Bay (HB), Beaufort Gyre (BG), Labrador Sea (LS), Baffin Bay (BB), and Canadian Arctic Archipelago (CAA) respectively. However, it underestimated the spring bloom by 1.7 mg m-3 and the fall bloom by 0.7 mg m-3 in the BB, likely because it did not take into account nutrients from riverine input. Furthermore, the model exhibited a tendency to overpredict the spring blooms in Hudson Bay (HB) and Baffin Bay (BB) by approximately 0.5 mg m-3 and 0.3 mg m-3 respectively, occurring about a month earlier than expected (March instead of April). This discrepancy might be attributed to the underprediction of sea ice concentration. Additionally, the REcoM model exhibited a bias of 1.1 mg m-3 in predicting widespread subsurface chlorophyll maxima in the central Arctic Ocean, as compared to the mean summer surface Chl-a data obtained from Globcolor observations (Schourup-Kristensen et al., 2018).
Moreover, the MITgcm-REcoM model is used to investigate the impact of sea ice on phytoplankton blooms and surface dissolved inorganic carbon (DIC) in the ocean coastal-shelf-slope ecosystem west of the Antarctic Peninsula (Schultz et al., 2019). The study area encompasses a vast region ranging from 74.7°S, 95°W in the southwest to 55°S, 55.6°W in the northeast. Simulation results were compared with ocean color observations, and research ship surveys from the Palmer Long-Term Ecological Research (LTER) program. The Palmer LTER data and MODIS/SeaWifs data showed significant discrepancies in the study of the interannual variability of the phytoplankton bloom, with correlations for surface Chl-a in different sub-regions ranging from 0.52 to 0.73. While late summer retreat years displayed positive or low negative anomalies, early sea-ice retreat years primarily displayed negative or neutral anomalies in Chl-a. The model demonstrated the influence of sea-ice dynamics on phytoplankton dynamics by indicating an earlier bloom and lower Chl-a concentrations (relative to climatology) in years with early retreat of sea ice, resulting in lower chlorophyll concentrations at the end of the summer. Conversely, in years with late retreat of sea ice, the model showed greater Chl-a concentrations later in the season. Despite discrepancies between the model and observations, the model captured the temporal shifts in bloom timing during years characterized by high or low ice extent. Additionally, the model reproduced overall seasonal anomalies in dissolved inorganic carbon (DIC), which are related to seasonal net community production (NCP).
DARWIN is another model that has been used to study regional phytoplankton distribution in the Southern Ocean (Lo et al., 2019). The model was customized to improve its accuracy by increasing the affinity of phytoplankton for nutrients, adding two distinct size classes of diatoms, and considering two different life stages for Phaeocystis (single-cell vs. colonial). These improvements increased the agreement between the simulated coccolithophore and diatom levels with the in-situ observations. However, the model inaccurately simulated monthly diatoms and haptophytes, including small non-silicified phytoplankton, in the Ross Sea. Additionally, the model overestimated small non-silicified phytoplankton in this region, resulting in a general mean absolute error for diatoms and haptophytes of 0.74 mg m−3 and 0.22 mg m−3, respectively. This inconsistency can be partially attributed to inaccuracies in representing PFT phenology and distribution, and the potential impact of iron limitation should also be considered. The representation of co-existing coccolithophores and Phaeocystis remains a challenge, and any small changes in DARWIN physiological parameters can lead to either Phaeocystis or coccolithophores loss. Furthermore, the explicit representation of sea-ice algae, which is important for accurately modeling ice-covered regions, has not been adequately incorporated.
In addition to studying Arctic and Antarctic phytoplankton dynamics, researchers have also been investigating the role of polynyas in polar ecosystems. Polynyas, which refer to expansive openings in the sea ice cover, play a crucial role in facilitating the exchange of heat, moisture, and gases between the atmosphere and the ocean (Maqueda et al., 2004; Dieckmann and Hellmer, 2009). Moreover, they drive patterns of ocean circulation, contribute to nutrient cycling, and influence ecosystem dynamics in polar regions (Maqueda et al., 2004). The rapid melting beneath the Dotson Ice Shelf (DIS) in West Antarctica, caused by warm, saline Circumpolar Deep Water (CDW) intrusions, has a significant impact on the adjacent Amundsen Sea Polynya (ASP) and its biology. Further, studies focusing on polynyas has garnered significant attention due to their substantial impact (Fichefet and Goosse, 1999; Hunke and Ackley, 2001; Wu et al., 2003). A recent study by (Twelves et al., 2020) using a coupled MITgcm-BLING model examined the effect of ice shelf melting on net primary production (NPP). The results show that melting ice shelves enhances upper ocean iron concentrations, which increases NPP. The study highlights how phytoplankton self-shading delays the bloom and reduces peak NPP while simultaneously emphasizing that changes in CDW intrusion regulate the horizontal dispersion of iron-rich meltwater, thereby impacting NPP levels.
3.4 High nutrient low chlorophyll (HNLC) zones
Biogeochemical models applied in this zone are mostly based on PFT approach which account for at least two plankton species. The section covers the Subarctic northeast Pacific at Ocean Station Papa (OSP), HNLC areas of the Southern Ocean, and the Southern Ocean (Antarctic Circumpolar Current region). Surface Chl-a concentrations are low in this region caused by iron limitation (Edwards et al., 2004). More recently (Zhang et al., 2021), used an extended version of the Chai’s model (CoSiNE-Fe) that incorporated iron cycling to investigate phytoplankton dynamics at the Ocean Station Papa (OSP) in the subarctic northeast Pacific (50°N, 145°W). The model was able to demonstrate a strong correlation between nitrate and the averaged depth-integrated Chl-a in the upper 200 m of the water column, with correlation coefficients of 0.8 and 0.69, respectively, compared to observations from a Biogeochemical-Argo float (BGC-Argo). The model’s performance was also evaluated using root-mean-square differences (RMSDs), which were 0.65 and 0.98 for nitrate and averaged depth-integrated Chl-a (in the upper 200 m), respectively.
However, the global PFT-based model PlankTOM10 coupled to NEMO was used to evaluate the role of grazing versus iron limitation in HNLC areas of the Southern Ocean (Le Quéré et al., 2016). PlankTOM10 was able to reproduce annual mean surface Chl-a estimates with a correlation coefficient (r) around 0.8 in the summer season when macro-zooplankton grazing is more intense. While this suggests that microzooplankton grazing may be a significant factor contributing to the low Chl-a concentrations observed in HNLC areas, it is important to note that high growth of phytoplankton can coexist with grazing (Lu¨rling, 2021). While both PlankTOM10 and PlankTOM6 share similar formulations, the former encompasses a greater number of plankton groups. These models yielded comparable outcomes for the annual mean surface Chl-a concentrations, demonstrating a correlation coefficient (r) of approximately 0.8 when compared with SeaWiFS satellite data. PlankTOM10, in particular, displayed slightly better performance to PlankTOM6 in terms of seasonal surface Chl-a distribution, with a bias of only 1.2%.
In contrast, DARWIN-MITgcm (Dutkiewicz et al., 2015) captured significant spatial variability in the annual mean surface Chl-a across the global oceans. Despite this, the model exhibited a relatively lower correlation coefficient of around 0.55 and tended to overestimate surface Chl-a concentration, particularly in the Southern Ocean.
Surface nitrate concentration, on the other hand, is high relative to surface Chl-a production in the HNLC zone (Edwards et al., 2004) and the global PlankTOM10 model predicted slightly lower (by 5%) of annual mean surface nitrate concentrations than observations World Ocean Atlas 2009 (Garcia et al., 2006; Le Quéré et al., 2016). Biases in the PlankTOM10 model can indeed be attributed to various limitations, including simplified overwintering strategies for zooplankton, coarse representation of iron (Fe) dynamics, the absence of certain organic matter types such as semi-refractory organic matter, and the exclusion of ecosystem pathways like viral lysis. Additionally, the model’s omission of specific zooplankton groups like salps, pteropods, and auto- and mixotrophic dinoflagellates can also contribute to biases in its predictions.
Although iron is required at low concentrations for phytoplankton growth, the lack of its sources in the HNLC zone particularly the Southern Ocean highly impact the primary productivity and phytoplankton composition. For example, in the simplified version of DARWIN biogeochemical model (Dutkiewicz et al., 2009), which consists of two species (diatoms and small phytoplankton), coupled with MITgcm model, suggested that iron supply to the surface layer of the open Southern Ocean (Antarctic Circumpolar Current region) is highly driven by eddies (Uchida et al., 2019). Eddies can improve vertical mixing, influencing the upwelling of iron from deeper waters. This transport of iron from subsurface reservoirs to the sunlit layer where phytoplankton thrive can stimulate their growth and productivity. Therefore, to improve the accuracy of iron fluxes in the Southern Ocean, it is important to consider the role of eddies in addition to the atmospheric source. In particular, the inverse energy cascade caused by meso- and sub-mesoscale baroclinic instabilities plays a crucial role in determining iron distributions (Person et al., 2019).
Additionally, a recent study by Fu (2022) which used an inverse biogeochemical model with phosphorus, carbon, and oxygen Modules (Wang et al., 2019) to investigate the effects of ocean iron fertilization (OIF) in high nutrient low chlorophyll (HNLC) regions, specifically the Southern Ocean, North Pacific, and eastern equatorial Pacific. The findings revealed that OIF led to increased productivity, causing a downward transfer of nutrients and carbon to deeper waters. This process was accompanied by improved efficiency of the soft tissue pump and an increased in the CO2 uptake. However, these positive effects were counterbalanced by a decrease in global mean oxygen levels and an expansion of oxygen minimum zones, suggesting potential consequences for ocean oxygenation and the development of hypoxic conditions. Notably, the study used (Wang et al., 2019) biogeochemical model and exhibited strong agreement with observations (GLODAPv2), showing correlation coefficients of 0.92 for dissolved inorganic phosphorus (DIP), 0.93 for dissolved inorganic carbon (DIC), and 0.85 for oxygen (O2). Interestingly, a comprehensive investigation conducted by (Bianchi et al., 2022) revealed the specific role of nitrogen cycling within the oxygen minimum zone (OMZ) of the HNLC Pacific Ocean, highlighting its implications for ecosystem dynamics. A new nitrogen cycling model was developed and specifically designed for integration into an ocean biogeochemical model, aiming to explore the impact of different nitrogen transformation processes on the biogeochemistry of the Eastern Tropical South Pacific OMZ. The model successfully captured typical OMZ conditions, providing valuable insights into the sensitivity of nitrogen transformations to environmental factors. However, it should be noted that while the model explicitly resolved N chemical tracers and their transformations, it did not directly incorporate the microbial communities responsible for these reactions, potentially limiting the understanding of the crucial role of microbes. Additionally, the model did not explicitly account for the conversion of dissolved CO2 to organic matter through chemolithotrophy due to the relatively small rates compared to organic matter remineralization in the upper ocean, posing challenges in achieving a more comprehensive integration between chemolithotrophy and the carbon cycle.
4 LIMITATIONS AND FUTURE DEVELOPMENTS
Although the aforementioned biogeochemical models performed well in several ecosystems, they have been modified and improved over the years by incorporating more components and processes to improve their reliability and predictability. Even in the most recent and advanced biogeochemical research, however, some limits remain. This section discusses the limitations of the existing biogeochemical models applied in several oceans, as well as recommendations for future modeling studies.
The absence of viruses in current biogeochemical models is a noteworthy drawback that demands more attention. Viruses play an important role in marine ecosystems by controlling microbial population numbers and altering the dynamics of nutrient and carbon cycling (Weitz and Wilhelm, 2012; Mateus, 2017). Their ability to infect and lyse bacteria and other microbes leads to the release of intracellular organic materials, which other species can then uptake (Zhao et al., 2019). Incorporating viruses into biogeochemical models may help us gaining a deeper understanding of how ecosystems work and the complex connections that exist between the different components of the microbial community (Weitz et al., 2015). These models may more accurately represent the intricate feedback systems that control nutrient availability, primary productivity, and carbon sequestration in the oceans by taking the viral impact into account. Furthermore, viruses can alter the variety and dominance of species by profoundly altering the structure and makeup of microbial communities (Tran and Anantharaman, 2021). Their impact on community dynamics and adaptability to environmental changes emphasizes how crucial they are in determining the stability and resiliency of the ecosystem.
In addition to not properly representing viruses, biogeochemical models often neglect the inclusion of archaea, despite their important role in ammonia oxidation processes. Archaea are important in ammonia oxidation and have the ability to affect nitrogen cycling, according to studies by (Urakawa et al., 2010; Yakimov et al., 2011). Similarly, mixotrophs, organisms capable of both photosynthetic and heterotrophic feeding, are often overlooked in biogeochemical models. Studies by (Stoecker et al., 2017; Edwards, 2019; Faure et al., 2019; Wilken et al., 2019) have revealed mixotrophs’ ecological importance and possible impact on nutrient dynamics and ecosystem functioning. Unfortunately, most models do not treat mixotrophs as distinct Plankton Functional Types (PFTs), limiting our understanding of their contributions.
Furthermore, autotrophic bacteria such as nitrifying bacteria which carry out two-step nitrification processes are oversimplified in many biogeochemical models. These types of bacteria compete with the photosynthesizers for inorganic carbon and their current representation may underestimate or overestimate the primary productivity in the ocean. In addition, the detritus component is not well classified in many marine biogeochemical models and the representation of organic matter is not fully considered, leading to a possible under/overestimation of organic matter. Although the most intricate models include more components, they omit some important processes, including day-night cycles, zooplankton’s diurnal migration (Ford et al., 2018). The omission of fish from biogeochemical models represent another significant area that needs exploration. Fish play an important part in the recycling and regeneration of nutrients within marine environments (Mcintyre et al., 2007). Thus, incorporating their interactions with other ecosystem components, such as feeding patterns and nutrient excretion, would provide valuable insights into nutrient dynamics and enhance our understanding of ecosystem functioning. Furthermore, the omission or simplification of benthic (e.g., Lazzari et al., 2016; Kalaroni et al., 2020) and sea ice components in biogeochemical models can hinder accurate predictions of ecosystem responses to environmental changes, thereby affecting the carbon and nutrient cycling assessment.
Biogeochemical models commonly simplify the representation of nitrogen (N) transformations, failing to capture the complexity of the underlying network of N reactions and their controlling factors. In the case of N2O cycling, many models rely on oversimplified parameterizations that consider N2O production solely from nitrification or aerobic respiration, while neglecting the important N2O sources and sinks associated with denitrification (Suntharalingam and Sarmiento, 2000; Jin and Gruber, 2003; Nevison et al., 2003; Manizza et al., 2012). The comprehensive consideration of nitrite cycling in the presence of low oxygen conditions, encompassing the concurrent processes of nitrite production from nitrate dissimilatory reactions, reduction to N2O and N2 via denitrification and anammox, and subsequent reoxidation to nitrate, is insufficiently addressed (Lam and Kuypers, 2011; Kalvelage et al., 2013; Babbin et al., 2014; Babbin et al., 2015; Buchwald et al., 2015; Babbin et al., 2017).
In summary, although many biogeochemical models are able to simulate certain phenomenon/conditions, in certain regions of the global oceans they may underpredict/overpredict concentrations of some components that can be largely dependent on other missing elements mentioned above. Therefore, biogeochemical models could be improved through the inclusion of dissolved organic carbon (labile, semi-labile, refractory), mixotrophic functional groups, viruses which in turn improve the representation of plankton functional groups, heterotrophic and microbial food web. While assessing biogeochemical models for current conditions reveals model biases, it does not always explain how they behave outside of the observed conditions (Fennel et al., 2022). Nevertheless, adding complexity does not always guarantee improved model performance or changes in rates. For example, Luo et al. (2022) found that while the drivers of export rate can change with the addition of an extra zooplankton component like tunicates, the total export amount may not vary significantly.
Obtaining comprehensive and high-quality data for model initialization and parameterization continues to be a challenge, with limited accessible sources available. Moreover, the challenges associated with data acquisition in polar regions make it difficult to effectively compare models with the available data. These challenges are primarily related to factors such as sea ice and cloud cover, which often result in substantial gaps in the coverage of remote sensing data.
Improvement in the zooplankton component may help further in constraining processes that regulate Chl-a distribution in the models (Clerc et al., 2021; Ratnarajah et al., 2023). Moreover, re-considering simulations of under-ice and near-ice phytoplankton blooms in the cold ecosystems by defining the photosynthesis irradiance curve for each phytoplankton group and allowing seasonal plasticity in the model parameters may increase the reliability of models applied in Arctic regions (Kearney et al., 2020). Most of the current models use a simplified, single-size detritus component, but in fact, detritus consists of different sizes and sinking rates, which may result in significant limitations in some regions (Ford et al., 2018). Considering different types of detrital matter with various timescales in the remineralization process would produce a more realistic model output for the organic matter.
5 CONCLUSION
This review presents different biogeochemical models applied to various ecosystems of the world’s ocean. Most of these widely used ocean biogeochemical models are an extension of NPZD models and have undergone several modifications and developments which increased their complexity in terms of number of PFTs, organic matter, physics, and sediments interactions. We divided the oceans into four zones, tropical, temperate and varying from tropical to subtropical, polar/subpolar, and HNLC zones to review the biogeochemical modelling studies been done on the biogeochemical components in these regions separately. Estimation of biogeochemical model variables, such as Chl-a, nutrients, carbon and oxygen in various ecosystems have shown varying performances. The varying performances for these biogeochemical model variables are dependent on the features of the ecosystems and the resolution of the physical environment. In the tropical and subtropical ecosystems, seasonal variations are highly strong and have a great impact on the biogeochemical cycles in these regions. These regions are known to be the most productive ecosystems in the ocean and nutrients can be supplied to the open ocean from the coastal enriched nutrients. Due to considerable decrease in ice extent and rising sea levels caused by climate change, the Arctic/Antarctic region experiences rapid changes in the physical and biological ecosystems. This is observed in the changes of the Arctic carbon and nutrients cycles. Ocean biogeochemical models play a critical role in climate studies, particularly in regions that are prone to experiencing high variations in extreme climates. The increase in carbon and nitrogen concentrations in the biosphere, resulting from anthropogenic activities, has the potential to disrupt biogeochemical cycles. This alteration of biogeochemical cycles can have wide-ranging impacts, making biodiversity, food security, and water quality more susceptible to the impacts of climate change.
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Soil ecosystems are important reservoirs of biodiversity, as they are the most diverse habitat on Earth. Microbial biodiversity plays key roles in many ecosystem services, including the support to biogeochemical cycles. However, despite great advances in the understanding of the role of soil microbiota in providing benefits to nature and humankind, there is still much knowledge to be gained from understudied areas across the globe. Indeed, underrepresentation of the Global South in ecological studies has been suggested as an important gap that could compromise global solutions to conservation and the current biodiversity and climate crisis. In the Southern hemisphere, the southwest of South America, which includes Chile, runs behind the rest of the continent on studies related to soil microbial diversity and ecosystem functions. Therefore, to gain a better understanding of the global biodiversity and environment crisis, essential perspectives and knowledge from underrepresented regions need to be acknowledged to avoid biases in the scientific community. The main objective of this work is to understand how soil microbial diversity has been studied in Chile and the Antarctic Peninsula since 1975 to identify main knowledge gaps and funding opportunities for future research. Our survey consists of 343 articles representing 1,335 sampling points from Continental Chile to the Antarctic Peninsula. It revealed a better representation of articles studying bacterial and fungal diversity in the extreme regions of Chile funded by both international funds and the National Agency for Research and Development (ANID). To study microbial diversity, cultivation-based methods are still the most commonly used, whereas molecular studies are increasing but insufficiently applied. We have identified and argued the need to enhance collaborative multi- and interdisciplinary efforts, fundings for sequencing effort, and long-term studies to provide robust and informative knowledge about soil microbial communities.
Keywords: global south, biogeography, microbial ecology, biodiversity, soil diversity, Chile, bibliometrics
1 INTRODUCTION
Soil ecosystems are important reservoirs of biodiversity, as they are the most diverse habitat on Earth (Anthony et al., 2023). This biodiversity varies from microscopic constituents such as bacteria, archaea, fungi, and viruses, up to macroscopic life, all of which can spend their entire or part of their life cycle within the soil environment (FAO, 2020). Recently, it has been estimated that up to 50% and 90% of all bacteria and fungi identified on Earth are present in soil ecosystems, respectively (Anthony et al., 2023). It is indeed the soil spatial and temporal heterogeneity, along with characteristics missing in other microbial habitats (e.g., rhizosphere environments or spatial isolation within soil aggregate microhabitats), which contributes to this considerable variety of life (Jansson and Hofmockel, 2018). At a local scale, this diversity is mainly driven by soil physicochemical properties (e.g., pH and soil organic carbon) (Fierer, 2017), while spatial patterns at a global scale have been attributed to variations in plant composition and climate conditions, in addition to soil properties (Bardgett and van der Putten, 2014). It has also been pointed out that species richness belowground does not follow the same trend as aboveground biodiversity (Bardgett and van der Putten, 2014).
Microbial biodiversity plays key roles in many soil functions, which in turn results in important soil ecosystem services (Wall et al., 2012). In addition to the contribution to biogeochemical cycles, among others (Bardgett and van der Putten, 2014), soil microorganisms have been recognized as important drivers of ecosystem multifunctionality (i.e., ecosystem functions and services) in terrestrial environments at a global scale (Delgado-Baquerizo et al., 2016). Due to their wide range of functional capacities and their adaptation to diverse (including extreme) conditions, soil microorganisms offer potential biotechnological applications for food or pharmaceutical production. Despite great advances in the understanding of the role of soil microbiota in providing benefits to nature and humankind, much knowledge is needed to better comprehend its specific role in particular soil processes (Jansson and Hofmockel, 2018). Nowadays, global awareness of the soil biodiversity transcendence in ecosystem functioning not only encourages the scientific community to further decipher soil microbial roles in the environment (i.e., from a genetic to a functional diversity level) (Bardgett and van der Putten, 2014; Jansson and Hofmockel, 2018), but also to contribute from academia with appropriate knowledge and technological solutions beyond academia. This is particularly important to support policymakers and stakeholders in their attributions to encourage sustainable soil management practices to preserve such biodiversity, functioning and associated ecosystem services (Cavicchioli et al., 2019).
In a global context, many of the studies conducted on soil biodiversity have taken place either in temperate ecosystems of the northern hemisphere (Guerra et al., 2020) or mainly in agroecosystems (Hartmann and Six, 2022). In ecology, this underrepresentation of the Global South has been suggested as an important gap that could compromise global solutions to conservation and the current biodiversity and climate crisis (Maas et al., 2021). In the Southern hemisphere, the southwest of South America, which includes Chile, particularly lacks studies on soil microbial diversity and ecosystem functions, as opposed to those conducted in the northern part of the continent (Guerra et al., 2020). The ecological significance of this region is beyond local, as Chile has been considered as a “biogeographic island” (Scherson et al., 2017), because it is surrounded by natural barriers (Altiplano, Atacama Desert, Los Andes Mountains, Pacific Ocean, Patagonian ice fields, Southern Ocean and Antarctica) that result in the evolution of a unique biota (Villagrán and Hinojosa, 1997; Villagrán and Armesto, 2005). The large latitudinal gradient characteristic of the Chilean territory, results in biogeographical and climatic conditions favoring the development of a rich and varied biodiversity, with 31,000 native species reported (Ministerio del Medio Ambiente–Chile, 2018) and around 25% of them endemic (up to >50% for fishes, amphibians, reptiles, and plants) (Ministerio del Medio Ambiente–Chile, 2018). Moreover, Chile host one of the five Mediterranean biomes on Earth, which is considered one of the 36 worldwide global hotspots of conservation priority due to its endemism and a high degree of habitat loss, mainly due to the conversion and replacement of the native vegetation (Fuentes et al., 2019). Therefore, to gain a better understanding of the global biodiversity and environment crisis, as it has been previously reinforced (Nielsen et al., 2017; Nuñez et al., 2019), essential perspectives and knowledge from underrepresented regions need to be acknowledged to avoid biases in the scientific community (Maas et al., 2021). This is particularly critical in zone of the globe such as Chile, where unprecedented climatic anomalies such as incomparable droughts are expected to occur sooner than anticipated and increase in frequency in the next 30 years regardless of emission scenarios (Satoh et al., 2022).
In Chile recent efforts documenting the state of knowledge of soil biodiversity have pointed out disparities on soil taxa and ecosystem functions studied (Marín et al., 2022). Other national surveys have reported the distribution of soil organic carbon (Pfeiffer et al., 2020), and provided a gridded database on soil physical and hydraulic properties (Dinamarca et al., 2023), contributing to a better understanding of the environmental variables that could affect microbial diversity. Here, we complement these efforts by presenting a compilation and an in-depth analysis of additional aspects of soil microbial biodiversity studies conducted in Chile and the Antarctic Peninsula. In this systematic review, we have included the Antarctic Peninsula due to the scientific significance for Chile, reflected in specific financing programs developed to support research at this place. Moreover, we considered that it was important to incorporate this area because of administrative, geological, and biological connections with the continental territory. Thus, the area to cover includes diverse biomes, from the Atacama Desert to Antarctica, which adds complexity to the literature search and data analysis. Moreover, we add data generated in the past 50 years, which is challenging due to considerable changes in methodology registered overtime. The present review is the collective effort of a multidisciplinary group of researchers (microbiologists, ecologists, geneticists, soil scientists, and geologists), and the data we present herein may serve as a guide to decision-makers regarding environmental conservation efforts, agroecosystems development, research funding, among others. The main objective of this work is to understand how soil microbial diversity has been studied in Chile and the Antarctic Peninsula since 1975 to identify main knowledge gaps and funding opportunities for future research.
2 HISTORICAL CONTEXT OF RESEARCH AND FUNDING DEVELOPMENT CONTRIBUTING TO THE STUDY OF (SOIL) MICROBIAL DIVERSITY IN CHILE
The formal study of microorganisms in Chile began in the 1880s, with the foundation of the Histology and Pathological Anatomy Laboratories, in the Faculty of Medicine of the University of Chile (Rodríguez, 1992; Osorio, 2010). Microbiology was, at that moment, limited to bacteriological studies focusing on infectious pathologies (Seeger and Espinoza, 2008). In 1927, the Agronomic Institute was transferred to the University of Chile as the Faculty of Agronomy and Veterinary Medicine (Agronomia, 2023) and in 1953, microbiologists from the Bacteriological Institute of Chile created the first Chilean Association of Microbiology (ACHM) now named Chilean Society of Microbiology (SOMICH) (Osorio, 2015). Along with SOMICH, the Society of Ecology of Chile (SOCECOL) and the Chilean Society of Soil Science (SCHCS) founded in the 70’s have greatly contributed to the study of soil biodiversity in the Chilean territory. In terms of documentation of soil studies in Chile, in 1968, a soil map was published as one of the first efforts to show a classification of soils with taxonomic and cartographic units, with the aim to contribute to an adequate agricultural soil management (Alcayaga, 1968). Later, in 1992, the Map of Associations of Large Soil Groups in Chile gathered information from numerous soil studies carried out in Chile since the 1960s (Luzio and Alcayaga, 1992). Related to soils and biodiversity, the work on Mediterranean-type ecosystems (di Castri and Mooney, 1973) and microbial activity in this type of climate (Schaefer, 1973) are among the earliest documented works paving the way to the study of soil microbial diversity in Chile.
Funding formalization to support research, scientific and technological development in Chile is reflected by the creation of several institutions and instruments. The Chilean Economic Development Agency (Corporación de Fomento de la Producción—CORFO) was created in 1939 to link research and productive development (Nazer Ahumada, 2016). Based on the Antarctic Treaty (signed on 1 December 1959, in Washington), the Chilean Antarctic Institute (Instituto Antártico Chileno—INACH) was established in 1963 to promote advances in Antarctic science (Ministerio de Relaciones Exteriores - Chile, 1966). The following year, the Institute of Agricultural Research (Instituto de Investigaciones Agropecuarias—INIA) (Quesada, 2016) was created. In 1953, the United Nations Economic Commission for Latin America and the Caribbean (ECLA, Comisión Económica para América Latina y el Caribe—CEPAL recommended the creation of a coordinating institution for technological research, with fiscal funds available (CEPAL—Comisión Económica para América Latina, 1953). From this, the National Commission of Scientific and Technological Research (Comisión Nacional de Investigación Científica y Tecnológica—CONICYT), currently the National Research and Development Agency (Agencia Nacional de Investigación y Desarrollo—ANID) was founded in 1966 (Ministerio de Educación - Chile, 2018). The latter agency was created in 2018 with the objective of becoming a coordinating and funding hub for the advancement of science and technology in the national context, with a new institutional framework that created the Ministry of Science, Technology, Knowledge and Innovation (MinCTC&I) (Ministerio de Educación - Chile, 2018).
The first CONICYT (currently ANID) program was created in 1971 (Zárate et al., 2022); later, in 1981 the Fondo Nacional de Desarrollo Científico y Tecnológico (FONDECYT) was launched, hence funding research projects since 1982 (Figure 1). This funding was developed as a competitive grant to support fundamental and applied science (Zárate et al., 2022), with the objective to maintain and strengthen national capacity for high quality research (Benavente et al., 2012). The National Fund for Scientific and Technological Development (Fondo de Fomento al Desarrollo Científico y Tecnológico—FONDEF) was created in 1991 to promote collaboration between academia and private sector by financing research in applied sciences (Benavente et al., 2012). Other relevant sources of research funding in Chile include the Millennium Science Initiative Program (Programa Iniciativa Científica Milenio) created in 1999 to finance research in the areas of Social and Natural Sciences. Since 2011, the Millennium Initiative is part of the MinCTC&I, and until 2013 it has supported 13 Millennium Institutes in the Natural and Exact Sciences and 15 Millennium Nucleus in the same areas (Ministerio de Ciencia Tecnología Conocimiento e Innovación, 2023). It is worth noticing that only two Institutes (Millennium Institute—BASE, Millennium Institute—SECOS) and three Nucleus (Millennium Nucleus—UPWELL, Millennium Nucleus—NUTME, and Millennium Nucleus—LiLi) specially focus on biodiversity, ecology and/or conservation mainly on aquatic related ecosystems (except LiLi) (Ministerio de Ciencia Tecnología Conocimiento e Innovación, 2023). In addition, another instrument created under ANID is the Centros Basales with the aim to strengthen Chile’s scientific capabilities towards greater social and economic development (ANID—Agencia Nacional de Investigación y Desarrollo, 2023). By 2024, out of the 19 Centros Basales, two (CAPES and IEB) concentrate their research on ecology, biodiversity, and sustainability.
[image: Figure 1]FIGURE 1 | Number of soil-related research grants funded by Chilean National Agency for Research and Development (ANID). White points represented the number of grants corresponding to projects focusing on soil microorganisms or biodiversity. Dataset extracted and filtered from https://github.com/ANID-GITHUB/Historico-de-Proyectos-Adjudicados. ASTRONOMIA:Grant for scientific projects in Astronomy; EXPLORA: Programa Nacional de Divulgación y Valoración de la Ciencia y la Tecnología/National program for science and technology outreach; FONDECYT: Fondo Nacional de Desarrollo Científico y Tecnológico; FONDEF: Fondo de Fomento al Desarrollo Científico y Tecnológico/National fund for scientific and technological development; FONDEQUIP: Programa de Equipamiento Científico y Tecnológico/National fund for scientific and technological equipment; FONIS: Fondo Nacional de Investigación y Desarrollo en Salud/National Fund for Research and Development in Health sciences; INFORMACION CIENTIFICA: Fund for strengthening the national scientific journals; PAI: Programa de Atracción e Inserción de Capital Humano Avanzado/Advanced human capital attraction and insertion program; PCI: Programa de cooperación internacional/International cooperation program; PIA: Programa de investigación asociativa/Associative research program; PROGRAMA BICENTENARIO DE CIENCIA Y TECNOLOGIA: Bicentennial program for sciences and technology; REGIONAL = National fund for the implementation of regional science and technology research centers.
Even with all this battery of programs and institutions, FONDECYT has remained the most important horizontal mechanism for funding scientific research in Chile (Benavente et al., 2012) (Figure 1). Despite the undoubted contribution to the national scientific development, it has also been recognized that up to 60% of funding from this program has been granted to only two, out of the 30 Universities belonging to the Consejo de Rectores de las Universidades Chilenas (CRUCH), both in the capital of Chile (Parada, 1999). Since 1981, ANID has funded 473 projects related to soil science (including “terrestrial” or “soil” terms in the title of the project), of which 50 have focused on soil biodiversity and/or microorganism studies (Figure 1, white dots). Of such studies, 46% have been led by the sole University of La Frontera, in the Araucanía administrative region, representing a total of 2,171 k€ accumulated since 1981.
3 METHODOLOGY
3.1 Literature search
We created a dataset following the method described by Guerra et al. (2020) adapted to our topic of interest. Briefly, we collected published literature on studies of soil microbial biodiversity. For this literature search, we conducted independent searches in the Web of Knowledge (WOS), the SCOPUS and the PUBMED databases on 23 June 2023, within papers published between 1975 and 2023. For the first search, we used the keywords (soil OR sand) AND (“Antarctic Peninsula” OR Chile*) AND (*bacteria* OR fung* OR *archaea* OR vir* OR microbi* OR metagen* OR metatranscript* OR metataxon* OR genom*) using the “Topic” search option, which includes title, abstract, author keywords, and Keywords Plus. Chile has strong commitments for the conservation and study of the Antarctic Peninsula. In this context, this territory was included in our study because of administrative, geological, and biological connections as well as scientific relevance for the country.
3.2 Rationale of data selection
The initial search returned 1,424 publications, which were further manually selected based on the following inclusion criteria: 1) soil samples excluding biocrusts, marine and lacustrine sediments (the “sand*” keyword being not selective enough to exclude sediments); 2) in situ soil samples were not modified by researchers before analysis (e.g., excluding microcosm or mesocosm incubation); 3) in the case of study after atypical events that may have caused a major change on natural microbial communities (e.g., following a wildfire), the study was only considered if they also provided a control point; 4) study was conducted in the Chilean claimed territory (including Antarctic Peninsula) (the “Chile*” keyword being not selective enough to exclude studies outside Chile); 5) only original studies (i.e., reviews were excluded); 6) only studies with diversity data (i.e., studies with only microbial activity measurements were excluded). The list of selected publications based on the criteria previously described is available in Mendeley data repository at: 10.17632/vxpjcjfvth.1.
3.3 Data handling
Among the 1,424 studies returned by the performed search, a total of 343 articles fitted the scope according to the criteria described in the methodological section. These 343 articles represented 1,335 sampling points where microbial biodiversity was studied in soils from Chile and the Antarctic Peninsula.
All the statistical analysis and figures were performed with the R software version 4.3.1 (R Core Team, 2021) using the R studio version 2023.09.0. The main packages used for the analysis of the dataset related to data frame manipulation, generation of the figures and visual purposes are listed with the corresponding references as supplementary information (see details in the Supplementary Table S1).
The sampling sites were classified into seven macrozones, grouping the administrative regions of Chile, to provide a spatial interpretation of the results (Figure 2): North (17°S–29°S: Arica y Parinacota, Tarapacá, Antofagasta, and Atacama), Central (29°S–34°S: Coquimbo, Valparaíso, and Metropolitana), Central-South (34°S–38°S: O’Higgins, Maule, Ñuble, and Biobío), South (38°S–44°S: Araucanía, Los Ríos, and Los Lagos including Chiloe island), Austral (44°S–56°S: Aysén and Magallanes y la Antártica Chilena including Tierra del Fuego and Cape Horn), Insular (i.e., Chilean islands not considered in other regions including Easter Island, Juan Fernandez Archipelago), and the Antarctic Peninsula; two studies did not exhibit the information and hence were classified as “Non provided”.
[image: Figure 2]FIGURE 2 | Number of studies focusing on soil microbiome diversity in Chile and Antarctic Peninsula. Top panel: number of soil microbial diversity studies per year and per Chilean macrozone. Bottom panel: number of soil microbial diversity studies published per year in the 16 most frequent scientific journals (only showing journals with more than five publications in total).
The methodology used in every selected article was clustered into 23 groups (Table 1).
TABLE 1 | Categories and details of the techniques reported in the current survey.
[image: Table 1]The main objective of every article was reported and clustered into eight categories, named application potential, climate change, extreme environments, new species, effect of disturbance, functionality insights, biogeography, and others (which included descriptive surveys, biotic interactions, bioprospective studies, and paleomicrobiology surveys) (Supplementary Figure S1). A maximum of three categories was attributed to every single study; thus, a single article can contribute to more than one category.
4 TOWARDS A BETTER UNDERSTANDING OF SOIL MICROBIAL COMMUNITIES IN CHILE AND THE ANTARCTIC PENINSULA
4.1 Historical and geographical trends
From a historical point of view, the first study reporting microbial diversity in soils from Chile (and the Antarctic Peninsula), within the time frame of this study (1975–2023), was documented in 1977 (Figure 2). It described two new fungal species from subantarctic Magallanes ecoregion and Antarctic Peninsula (Caretta and Piontelli, 1977). Later, from 1977 to 2005, we found few publications related to the scope of our study, with zero to two reports per year matching our research criteria. The exception to this was observed in 2002 when five studies were conducted in the South of Chile, in the South-Central area (n = 2), Easter Island, and Antarctic Peninsula. Four out of these five studies focused on fungal biodiversity, while the Antarctic study described microalgal communities. From 2005 onwards, the number increased exponentially to reach 11 studies per year between 2010–2015 and 25 per year between 2015–2023. Noticeably, the South and Austral territories were the most studied areas in 1985, 1992, 2011, 2013, 2014, and 2016, accumulating 43 surveys until 2016. This tendency changed between 2017 and 2021, when the focus shifted to the Northern zone of Chile, particularly to the Atacama Desert, recognized as an analog of the soils on Mars since 2003 approximately; thus, as a relevant extreme ecosystem for the discovery of life (Azua-Bustos et al., 2012; Azua-Bustos et al., 2022). Lately, since 2022, studies from the Antarctic Peninsula have increased, both in proportions (60.6% of the studies per year) and absolute number of studies (i.e., n = 30 in 2022 and n = 14 in 2023).
The unique and extreme conditions of the Atacama Desert have been recognized globally due to its ecological niches, resulting in microbial life of scientific, technological, and conservation relevance (Bull et al., 2016; Contador et al., 2020). Our findings add to previous reports at the national scale, highlighting this site as one of the most studied places in Chile in terms of soil microbial diversity (Marín et al., 2022). The Atacama Desert, located within the dry subtropical climate belt, has been recognized as the driest and oldest desert on our planet, where no altitudinal movement has been detected since the end of the Jurassic (150 million years ago) (Hartley et al., 2022) and a cold marine upwelling current since at least the early Cenozoic is present (Azua-Bustos et al., 2012). Descriptions of the Atacama Desert soil microbiota date back to 1966 when NASA sought basic information on desert environments to develop and test instruments for the Viking Mission in 1976 (Cameron et al., 1966). Since this NASA mission provided inconclusive results about the existence of life on Mars, no sites were described during the 1980s (Azua-Bustos et al., 2012). Later, from the early 1990s, we identified two studies reporting the diversity of halophilic bacteria in this extreme environment (Prado et al., 1991; Prado et al., 1993). Then, in 2000, the extreme conditions of the Atacama Desert for the development of life were reported using light and solar UV-B radiation experiments (Dose et al., 2001). A milestone in the investigation of microorganisms from the Atacama Desert was published in 2003 by the group led by Chris McKay, who obtained comparable results as the experiments performed in the Viking Landers missions on Mars, this time with samples taken in the Yungay area (80 km from Antofagasta). They found active decomposition of organic species in these soils and extremely low, but still level of, culturable bacteria in the samples, which validated the Atacama Desert as a Mars analog. (McKay et al., 2003; Navarro-González et al., 2003).
4.2 Main taxa and ecosystems studied
According to our search, out of the targeted microorganisms (i.e., bacteria, archaea, fungi, other microorganisms) studied in Chile and the Antarctic Peninsula, bacteria represent 73% of the studies, followed by fungi with 38% of the studies (Figure 3). Studies focusing on bacteria were common in the North macrozone, representing 30.2% of the study, while articles reporting fungi biodiversity made up 63.6% of the sampling sites at Antarctic and South macrozone. Interestingly, archaeal communities were the main objective of only one study where two archaeal metagenome-assembled genomes (MAGs) were reconstructed (Santos et al., 2021), while two studies focused on the ammonia-oxidizing bacteria and archaea in Central Chile (Bustamante et al., 2012) and the Antarctic Peninsula (Han et al., 2013).
[image: Figure 3]FIGURE 3 | Type of microorganisms studied from soils in Chile and the Antarctic Peninsula. (A). Frequency based on the number of sampling points (n = 1,335 sampling points from 343 studies) is given for Bacteria, Archaea, Fungi and Other microorganisms by Chilean Macrozone (first clustering and color). Color for macrozone is similar to Figure 2 and Figure 3. (B). Evolution of the number of sampling points studied per year for every microorganism group considered in this study.
The surveyed ecosystems in the selected publications were representative of the main biomes and/or land use of the region across macrozones (Figure 4). Desert and salt flat reports represented up to 87.8% of the studies conducted in the North of Chile (corresponding to Arica y Parinacota, Tarapacá, Antofagasta, and Atacama administrative regions), which represents the driest territory in the country, with desertic arid to semi-arid climates. The central zone (corresponding to the Coquimbo and Valparaíso regions, and the Metropolitan region, where Santiago, the capital of the country is located), with the highest population density in Chile, encompassed the greatest diversity of ecosystems studied, including scrublands and human-impacted ecosystems (e.g., urban and industrial). In the South-Central area (O’Higgins, Maule, Ñuble and Biobío regions) and Southern territory (La Araucanía, Los Lagos, Los Ríos regions), 86.8% of the selected studies focused on agricultural, forest, and grassland ecosystems, which is consistent with the main land uses at these places. Indeed, the Maule, Ñuble, Biobío, and Araucanía regions have the highest annual and permanent crop area (around 350,000 Ha each) and forest plantation area [500,000–980,000 Ha each; ODEPA—Oficina de Estudios y Políticas Agrarias (2019)] in the country. Finally, forest and scrubland studies dominated in the Austral macrozone (Aysén and Magallanes regions) which is in line with the highest area of native forest reported in the Los Lagos, Aysén, and Magallanes y la Antártica Chilena regions [2,400,000–4,400,000 Ha each; ODEPA—Oficina de Estudios y Políticas Agrarias (2019)].
[image: Figure 4]FIGURE 4 | Main soil use categories for each macrozone. The number of sampling points per macrozone is indicated between brackets.
5 MAIN RESEARCH SCOPE AND FUNDING FOR THE STUDY OF SOIL MICROBIAL DIVERSITY IN CHILE AND THE ANTARCTIC PENINSULA
5.1 Main scopes of the soil microbial diversity studies
Out of the eight research scopes categories used in this survey (Figure 5), 202 articles focused on studies including descriptive, biotic interactions, bioprospecting studies, and paleomicrobiology surveys (shown as Others in Figure 5). Descriptive studies, focusing mainly on the identification of novel species of bacteria and fungi, represented about 40% of these surveys. The second most abundant category corresponded to biotechnological applications (shown as Application in Figure 4), with 145 out of 343 of the articles identified in our study. Half of the biotechnological applications relate to the agricultural sector, with an important focus on plant growth-promoting rhizobacteria (PGPR), which can enhance plant growth by a wide variety of mechanisms like phosphate solubilization, siderophore production, biological nitrogen fixation, phytohormone production, antifungal activity, induction of resistance to pathogen toxins, promotion of beneficial symbioses, etc. (Bhattacharyya and Jha, 2012). PGPRs offer an attractive way to replace the use of chemical fertilizers or pesticides for the development of sustainable agriculture. In our survey, agricultural application studies focus on crops of interest for Chile or on the adaptation to harsh climatic conditions (e.g., Fuentes et al., 2020; Meza et al., 2022). Another important sector of application is the use of soil microorganisms for bioremediation of contaminated sites, especially by oil (e.g., Serrano and Leiva, 2017; Vázquez et al., 2017), as well as the use of microbial consortia naturally adapted to specific conditions (e.g., low temperature) for bioenergy (methane) production (Aguilar Muñoz et al., 2022). Several extremophilic strains have also been isolated, especially from Antarctic ecosystems, and evaluated for their capacity to produce enzymes of commercial interest, acting as biocatalysts able to carry out reactions at nonstandard conditions (Cabrera and Blamey, 2018; Espina et al., 2022).
[image: Figure 5]FIGURE 5 | Proportion of studies addressing one of the main research scopes identified in this dataset. A single study can match several (sub) categories. CC: climate change; GHG: greenhouse gas; Extr. Env.: extreme environments.
Another important focus of the articles selected was the adaptation to extreme environments with 106 studies. This included conditions including dryness, temperature, and salinity, all of which are typical extreme conditions found in the desert and salt flats of Northern Chile (e.g., Paulino-Lima et al., 2013; Pulschen et al., 2015). These studies are of particular interest for astrobiology and take place in the Atacama Desert, reflecting the relevance of extreme environments at a global scale in the search for life. Indeed, in 2003, the European Science Foundation (ESF) launched support for the Investigating Life in Extreme Environments (ILEE) initiative, highlighting the need for a coordinated, interdisciplinary approach to future “Life in extreme environments” (LEXEN) research. The Coordinating Action for Research on the Study of Life in Extreme Environments (CAREX) was developed between 2008 and 2011 and had four priority areas: 1) contributions of life in extreme environments to biogeochemical cycles and responses to environmental change, 2) stressful environments—responses, adaptation, and evolution, 3) biodiversity, bioenergetics and interactions in extreme environments, and 4) life and habitability (Martins et al., 2017).
The biogeographic distribution of soil microorganisms and how it is related to latitudinal, altitudinal, edaphic, climatic, or biotic (e.g., vegetation cover) gradients also took an important proportion of the studies, with 92 of them focusing on this topic. The peculiar geographic and geomorphological context of Chile, with considerable latitudinal and altitudinal gradients, reflected over more than 4,000 km of expansion from North to South, and few hundred kilometers starting from the Pacific Ocean up to >6,000 m a.s.l in the Andes Cordillera, resulting in more than 20 climatic regimes in the country (ODEPA—Oficina de Estudios y Políticas Agrarias, 2019). These unique natural gradients represent a remarkable diversity of ecosystems to explore soil microbial diversity patterns. In our survey, 20 studies focused on altitudinal gradients (e.g., Renny et al., 2017; Rodríguez-Echeverría et al., 2021) and 17 on the influence of latitudinal variation (e.g., Marín et al., 2017; Knief et al., 2020).
Lastly, studies on disturbance, functionality, and climate change were represented by 89, 87, and 44 studies, respectively. Not surprisingly, within the effect of climate change, in Chile, the main research scope was the effect of water scarcity (linked to increased aridity), on soil microbiomes (Neilson et al., 2017) followed by glacial retreat effects on soil microbial communities (Fernández-Martínez et al., 2017). Within the environmental and anthropogenic disturbances identified in our survey, the majority were related to agriculture management, bringing new insights about how to prevent soil degradation (Ramírez et al., 2020) or leaching (Cardenas et al., 2013). The high proportion of studies assessing the impact of inorganic contaminants (mainly metals) can be related to the importance of the mining activity in Chile (e.g., Altimira et al., 2012; Carvajal et al., 2023).
5.2 Sources of fundings
Out of the reported sources financing research on soil microbial diversity in Chile (23 studies did not provide such information), international funding supported 53% of the studies (Figure 6), of which 59% was dedicated to studies in continental Chile. FONDECYT was the main national financial support, funding 28.7% of the studies (i.e., n = 141). This Chilean research grant represents the earliest national funding instrument supporting soil microbial diversity studies, with publications acknowledging this from 1992 until the present. The second most important pecuniary source with 8.9% of the studies funded is the so-called “Others” category that includes funding from universities or regional government, bilateral cooperation projects between CONICYT and equivalent foreign research agencies (e.g., Argentina, United Kingdom, Spain), programs funded by ANID that favor the insertion into the academia, Education Quality, and Equity Improvement Program (MECESUP Program) and private companies (e.g., Agroenergía Ingeniería Genética S.A, Anglo American Sur Ltda.). Overall, 25.5% of the Antarctic studies involving Chilean institutions were financed or co-financed by the Chilean Antarctic Institute (INACH). Interestingly, although INACH was founded in 1964 and started to finance research in 1995, only in 2016 did the first study on soil microbial diversity in Antarctica receive financial support from this institution (Figure 6).
[image: Figure 6]FIGURE 6 | Timeline and importance of funding sources. Left panel: timeline of funding sources considering that one single study can be supported by one or more funding sources. Right panel: quantitative importance of funding sources expressed as the number of studies funded.
6 FROM CULTIVATION TO OMICS TECHNIQUES
Culture was the most employed methodology (46.4% of the studies; Figure 7), followed by sequencing (27.7% of the studies) and physiological-based approaches (23.3% of the studies). Since 1975, cultivation-based methods have allowed the detection and description of soil microorganisms in Chile. This technique remained the unique approach for microorganism exploration until 1997 and nowadays it is still used, often in combination with other methods (Figure 7). In our survey, 15.5% of the studies (n = 53) allowed the isolation/culture of 61 new microbial taxa (40 bacteria and 21 fungi). This input represents a great contribution to scientific knowledge on soil biodiversity, as these contributed to better comprehend the diversity of Actinobacteria (Idris et al., 2017), Micromonospora (Carro et al., 2018) and Actinomycetes (Okoro et al., 2009). Additionally, they revealed functions still not described in various genus such as biodegradation of chlorinated aromatic compounds (Fulthorpe et al., 1996), metal-chelating compound production (Machuca et al., 2007), tolerance to UV-C (Paulino-Lima et al., 2013), biomineralization of Li-containing nanomaterials by Li-resistant bacteria (Bruna et al., 2022), degradation of PAH (Gran-Scheuch et al., 2020) and antiproliferative activity against a colon cancer cell line (Pavón et al., 2023). The new strains were mainly isolated from the North macrozone (50.9% of the studies, n = 30) and the Antarctic Peninsula (23.7% of the studies, n = 14). In the other macrozones, the remaining 9 studies described mainly new fungal species or genus (n = 10) such as the new genus Nothophytophthora gen. nov. (Jung et al., 2017). or Podospora selenospora sp. nov. discovered from the Ao horizon of a Chilean xerophilic forest soil of the Central-South region (Stchigel et al., 2002).
[image: Figure 7]FIGURE 7 | Chronological and quantitative analysis of the methods used to study microbial diversity in soils. (A). Identification and frequency of methodologies used in soil microbial diversity studies. Number of studies using at least one of the listed techniques. The inserted barplot presented the number of different methods used per study. (B). Timeline of the methodologies clustered in categories partly defined according to Hatzenpichler et al. (2020).
In 1997, we began to observe the first culture-independent studies using DNA sequencing, cloning, and amino-acid-based fingerprint techniques (Figure 7). The evolution and change of methods allowed to study new aspects of microbial communities. The metabarcoding of a target gene used as a proxy of diversity (mainly 16S rRNA gene for prokaryotes, ITS gene for fungi, and 18S rRNA gene for eukaryotes) began to appear in 2012 in our dataset. Despite the recent incorporation of metabarcoding at the national context, this is the third most used technique with a total of 79 (23%) studies, revealing a very fast spreading of this low-cost high-throughput technique providing access to the whole diversity of a community, overpassing the culture biases and limitations. Indeed, most of the data reported for archaea came from studies using metabarcoding approaches based on sequencing of the 16S rRNA genes. The improvement on sequencing technologies and the decrease of cost resulted in an increase of the use of metagenomic techniques since 2017 (both Illumina MiSeq and Oxford Minion). Metabarcoding, metagenomic or metranscriptomic data were available from the Central, Central-South and Austral regions in a total of no more than 81 sampling points. Continental Chile only accounted for 52.2% of all the sampling points (i.e., 291 sampling points) where high throughput sequencing techniques are applied (Supplementary Figure S4). In our survey, we detected 10 studies using shot-gun sequencing since 2017, with four of them published in 2022 (Figure 7). This technique provides access to the full genomic content of a community, which is useful for functional insights and reveals the metabolic potential of a community, by overpassing the PCR-based biases of metabarcoding. Hence, genomes of uncultured microorganisms can be reconstructed through the generation of MAGs) to explore new putative functions or genes (Hernández et al., 2020). Also, complete genomes of previously isolated strain can be provided (Valenzuela-Heredia et al., 2020; Núñez-Montero et al., 2023). Yet, this approach is based on community DNA, and does not specifically target active microorganisms through their RNA. Based on the publication revised in this survey, no metatranscriptomic study has been reported for the study of microbial diversity in soils from Chile. The difference in soil microbial community representation by culture-dependent and culture-independent approaches has been extensively reported (e.g., Stefani et al., 2015; Hinsu et al., 2021), even in the Chilean Andean highlands (Maza et al., 2019) resulting in the identification of some taxa overrepresented by culture-dependent techniques compared to high throughput sequencing. Also, through cultivation, Hinsu et al. (2021) showed the detection of a large proportion of amplicon sequence variants (ASVs) not retrieved by 16S rRNA gene metabarcoding, suggesting the need to associate different approaches and methodologies. Importantly, 62.7% of the studies combined two or more methodological approaches to provide a more complete picture of microbial diversity. It is interesting to note the efforts to go beyond a sole description, by coupling diversity surveys based on molecular data with functional approaches such as the measurement of diverse enzymatic activities make up 23.3% of the studies (Figure 7).
7 FUTURE DIRECTIONS AND OPPORTUNITIES TO STUDY SOIL MICROORGANISMS IN CHILE
There is a widely recognized interest for microorganisms from extreme environments due to their potential biotechnological applications such as enzyme production under extreme conditions, biomass conversion, biobased products, sustainable industrial processes, or prospection of life on extraterrestrial habitats, as reviewed in different parts of the world (e.g., Krüger et al., 2018; Kochhar et al., 2022; Schultz et al., 2023). In Chile, extremophilic microorganisms inhabiting unique environmental conditions in Chilean ecosystems have been studied, together with their potential for biotechnological applications (Azua-Bustos and González-Silva, 2014; Anguita et al., 2018; Orellana et al., 2018; Leiva-Aravena et al., 2019). Indeed, Chile offers a particularly attractive natural laboratory in this perspective due to its multiple extreme ecosystems. The great range of edaphic conditions characterized by alkaline or acidic pH, high salt and metal concentrations, wide temperature gradients, water stress, and strong UV radiation of the high-altitude deserts, salt flats, and geysers in the north of Chile (Altiplano and Atacama Desert) represent a unique microbial reservoir of life of international interest. Soils influenced by high altitude glaciers, geothermal springs, and volcanic activity in the Andes mountains in Central Chile, are subjected to a wide temperature gradient and high metal concentrations. In the southern extreme of Chile microbial life thrives in extremely low temperatures associated with ice fields, cold lakes, and fjords in Patagonia and Antarctica. Therefore, beyond the clear and urgent need to increase the number of studies focusing on soil microbial diversity in the southern hemisphere and extreme ecosystems, through our survey, we identified three main directions for future research: 1) enhance multi- and interdisciplinary collaborations, 2) increase funding support for high-throughput sequencing approaches to study soil microbial diversity in Chile, and, 3) perform long-term studies.
7.1 Collaborative multi- and interdisciplinary studies
Soil ecosystem functioning is complex and depends on the interaction of biological processes, soil physical structure, chemical reactions, and geological context, among others. Therefore, soil microbial diversity can only be fully understood through the integration with these connected disciplines. Despite some efforts to combine soil microbial diversity and geochemical data (e.g., Mandakovic et al., 2018; Aponte et al., 2022; Barret et al., 2022; Aguado-Norese et al., 2023), integrated studies are scarce. As an example, in our survey the type of soil was rarely explicitly indicated, despite the great diversity of soil orders identified in Chile (Casanova et al., 2013). In 73.8% of cases, the type of soil was not described or not identified, which hampers the possibilities of comparisons and raises the need for greater interdisciplinary collaboration among ecologists, microbiologists, and soil scientists to deeper characterize soil ecosystems as living bodies.
Even within biological sciences, interactions are rare, as shown by the low proportion of studies (16.3%) addressing biotic interactions with other components of biodiversity, despite the importance of microorganisms in soil food web both above- and below-ground feedback. Finally, social sciences and humanities are absent from our survey. As a result, the multidisciplinary wide scope journals such as Science of the Total Environment and Scientific Reports only accounted for 6 and 5 studies, respectively (Figure 2). This reinforced a lack of interdisciplinarity as the main journals chosen for publication are highly specialized. Yet, they need to be included in biodiversity studies to provide historical, sociological, or economical perspectives of soil use, as well as to integrate traditional knowledge. Future directions in soil microbial diversity studies should involve tight collaboration with different disciplines to provide a more global picture of ecosystem functioning from different perspectives. Therefore, it seems to us to integrate not only knowledge from natural science related fields but also social science in particular within the new generation of scientists and stakeholders is critical. We hence fully agree with what Timmis et al. (2020) called “the need for microbial literacy” and consider that multidisciplinary teams of microbiologists, microbial ecologists and social scientist should promote, through the collaboration, the access of this knowledge to the society (Bradshaw, 2021). This is critical if complex multi-component concerns such as climate change impact are to be addressed. A possible orientation towards this direction can be encouraged by funding criteria, with the development of interdisciplinary research calls, such as the new “Exploration Call” from Chilean ANID, aiming at contributing to the development and consolidation of disruptive, novel, high-uncertainty scientific-technological research. Finally, as revealed by our survey, the use of soil as a reservoir of microbial resources for potential biotechnological applications is of strong interest in continental Chile, especially in extreme remote regions. However, these prospective studies barely involve traditional knowledge and local communities who live in these places and benefit from ecosystem services provided by uniquely adapted microbial communities. Hence, as a perspective, we consider that a compromise between resource use and conservation should be accounted for in future research, relying on more dialogue and inclusion of local communities.
7.2 Increase and decentralize funding for high-throughput sequencing
As shown in our survey, soil microbial diversity is spatially heterogeneous across Chile, with some highly represented regions (namely, the most extreme ones) and others under-represented, such as the insular and the Austral regions. Funding should promote the development of studies in under-represented ecosystems.
On one hand, at a global scale, south-north collaborations are a way to improve funding availability and stimulate global-impact research (Baker, 2023). However, we observed in our survey that more than 30% of the soil microbial diversity studies conducted in the northern regions of Chile did not involve any Chilean institution (Supplementary Figures S2, S3), highlighting a very strong international interest in the Atacama Desert as an analog for the search for life on Mars and a lack of local collaborations. To improve our knowledge using cutting-edge techniques and propose suitable protection measures/solutions, it is necessary to maintain and strengthen south-north collaborations even between high-income countries in science. Moreover, Chile, as most Latin American countries, is considered a high-income country by the World Bank (World Bank Group, 2020) and the Organization for Economic Co-operation and Development (OECD, 2022). However, in 2020, only 0.33% of the gross domestic product (GDP) of the country was dedicated to research and development, while in Europe, on average 2.23% of the GDP support scientific research (Eurostat, 2023), ranging from 0.46% to 3.44% depending on the country.
On the other hand, at a national scale, we consider that incrementation and decentralization of funding for sequencing is urgently needed to continue supplying the universal microbial genetic archives from Chilean terrestrial ecosystems. In Chile, the FONDEQUIP (Fund for Scientific and Technological Equipment) program alone has allowed for the acquisition and implementation of 10 DNA sequencing platforms, six of which are in Santiago. At a global scale, omic observatories are flourishing, but the global south is generally less covered, and our survey demonstrates that local efforts may be integrated into global networks. For example, shotgun environmental DNA sequencing would provide valuable data combined with culture and functional inputs. Amplicon thoughput sequencing methods are now common in soil microbial studies in Chile, but our review shows that they appeared relatively late in the national context compared to worldwide studies. The same happens with metagenomics reported for the first time in 2017 in our survey, while metatranscriptomics studies are absent despite their rapid development in other parts of the world. This delay could be due to the prohibitively high costs of these techniques, resulting in the need to wait until they become more affordable as occurred previously with amplicon sequencing. This limitation could be overpassed with enhanced specific funding encouraging the use of state-of-the-art techniques.
7.3 Long term studies
Another gap that has been identified during our survey is the lack of long-term studies. As pointed out by Cavicchioli et al. (2019) long-term monitoring is needed as they allow to identify patterns between biological parameters and climatic variables or gradual changes that cannot be detected with single sampling events. As an example, Hartmann et al. (2015) demonstrated the effect of conventional versus organic agriculture on soil microbial diversity (bacteria and fungi) over 20 years of monitoring in Switzerland. Also, along a 7-year survey, Wu et al. (2022) evaluated the effect of warming temperatures on bacterial, fungal and protistan diversity and interactions in an old-field tall-grass prairie in Oklahoma (United States). In our survey, we retrieved only one long-term study, reported by Aguilera et al. (2016). It conducted a 25-year study bringing new insights about the effect of precipitation regime changes and presence of small mammals on bacterial and fungal communities in a semi-arid shrubland of the Bosque Fray (Jorge National Park). One factor that limits the realization of long-term studies is the scarcity of mid- to long-term fundings almost nonexistent in Chile. The ANID BASAL and FONDAP are the two funding tools available for research centers in Chile for 5 years projects (renewable for 5 more years). Two centers with BASAL fundings (CAPES and IEB) focus on biodiversity and ecology at the time of writing and may have the capacity to produce long-term dataset, hence filling the important gap for terrestrial microbial ecology in Chile.
8 CONCLUSION
Through a comprehensive review of 343 articles studying soil microbial diversity from Chile and the Antarctic Peninsula, we revealed a strong interest in applied microbiology to improve agriculture practices and the study of extreme environments. The deep analysis of the main fundings and the evolution of methodologies used to study microbial community diversity in this territory, provided recommendations for future research in this field. We emphasized the need for multi- and interdisciplinary efforts to increase knowledge on soil microbial diversity not only for academia but also to bring this to local communities and stakeholders. We suggested some future funding directions adapted to the use of cutting-edge techniques. Finally, we argue the urgent need to begin long-term studies, crucial in a global change context. Our work contributes both to global and local awareness on the importance of soil microbial biodiversity in Chile and the Antarctic Peninsula. Indeed, the geographic region we cover here, with its unique biodiversity and variety of biomes, might serve as a natural laboratory where, for example, the effect of climate anomalies on soil microbial diversity can be evaluated sooner than elsewhere.
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Plastic Incubation Treatment Total DOC References
type time (d) leached
(ng-cm~2)
Virgin LDPE 6 Light 5.80 +£0.51 Romera-Castillo
etal, 2018
Dark 6.02+1.75 Romera-Castillo
etal, 2018
Virgin 6 Light 241 +£094 Romera-Castillo
HDPE etal, 2018
Dark 2.74 £n.d. Romera-Castillo
etal, 2018
Virgin LDPE 33 Light 6.67 £0.90 Romera-Castillo
etal, 2018
Dark 8.92 +£0.29 Romera-Castillo
etal, 2018
Virgin 33 Light 6.28 £0.96 Romera-Castillo
HDPE etal, 2018
Dark 279 £0.34 Romera-Castillo
etal., 2018
Virgin PE 30 Light 0.31 £0.16 Romera-Castillo
packaging etal., 2018
Dark 0.26 £0.20 Romera-Castillo
etal, 2018
Virgin PP 30 Light 217 4+0.18 Romera-Castillo
packaging etal, 2018
Dark 1.61 £0.15 Romera-Castillo
et al., 2018
Virgin LDPE 6 Light 0.71 £0.17 This work
Dark 0.09 £0.09 This work
Virgin EPS 6 Light 0.72 £0.01 Romera-Castillo
et al., in press
Dark 0.33 £0.05 Romera-Castillo
et al,, in press
Virgin PS 6 Light 0.46 £ 0.06 Romera-Castillo
et al, in press
Dark —-0.02+£0.12 Romera-Castillo
et al., in press
Aged LDPE 6 Light 125.67 £+ 20.66 Romera-Castillo
et al., in press
Aged mix 6 Light 21.50 £ 0.78 This work
Dark 8.93 £0.09 This work

LDPE, low density polystyrene; HDPE, high density polystyrene; PR, polypropylene;
EPS, expanded polystyrene; PS, polystyrene; PLA, polylactic acid; Aged mix, aged
plastic collected in a sand beach in Lanzarote.
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North®  So

Drained | All data (10° ha) 1709 2859
peatland
area
Available data (10° ha) 1638 2777 1415
Al data (%) 37% 63% 100%
Available data (%) 37% 63% 100%
Ditches, all | All data (ha) 31,387 70322 101,709
types
Available data (ha) 30,509 69,607 100,116
Al data (%) 31% 69% 100%
Available data (%) 30% 70% 100%
Ditches, All data (ha) 12910 55,449 68,359
moss-
covered
Available data (ha) 125549 54,885 67,435
Al data (%) % 79% 67%
Available data (%) 1% 79% 67%
Ditches, All data (ha) 18476 14873 33,349
moss-free
Available data (ha) 17,960 14722 32,681
All data (%) 59% 21% 33%
Available data (%) 59% 21% 33%

“North refers to North coordinate 27,200 000 in EPSG 2393 projection.
"South refers to North coordinate <7,200 000 in EPSG 2393 projection.
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CH,4 emissions (t a™') with different emission factors

Ditch area data Ditch Mean 95% 95% IPCC Tier 1,  IPCC Tier 1,95%  IPCC Tier 1, 95%
source EICENGE)) Cl, min Cl, max mean Cl, min Cl, max
Segmented data moss- 68,359 1771 882 2,748
covered
‘ moss-free 33,349 6,867 3,095 11,349
‘ all 101,709 8,637 3977 14,007 22071 4,170 39,972
Current CH, inventory = moss- 71,865 1,861 927 2,889
covered®
‘ ‘moss-free* 35,060 7.219 3254 11,931
Ll 106 925 9,080 4,181 14,820 23203 4384 2,022

*Assuming a similar percentage of moss-covered (67%) and moss-free (33%) ditches as calculated in Table 4.
bErom NIR finland, 2022,
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Mine si

Sio Domingos | Tapada Grande Reservoir

Mine
Pt 1: Sio Domingos River Valley
Pt 2: Sio Domingos River Valley
Quintado | PL.1: Flooded open pit
Bispo Mine.
Lousl Mine  Uncontaminated water from Albueira da

Barragem da Tapada supplemented to
passive treatment”

P 1: Tailing pile leachate containment

Pr.2: Mixing lagoon for leachate and.
supplemental water

P 3: Firs treatment basin

P4 6th treatment basin, beginning of
planted basins

eSamples collected from outside of the mining ares.
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Mine site Sample type Sample ID itude  Longitude

Sio Domingos Mine Water Tapada Grande Reservoir, “uncontaminated” N3740'102" | W 730'252"

Water Pt. 1: Sio Domingos, “contaminated" N 37'39'340" | W 7°30'199"

Water Pt. 2: Sio Domingos, “contaminated” N3739'113" | W 730'345"

Plant/Soil Cistus ladanifer* N 37°40'102" | W 7°30'252"

PlanySol | Cistus ladanifer N 37393407 | W 730'19.9"

Plant/Soil Cistus ladanifer N 37°39'37.4" | W 7°30'19.1"

Plant/Soil Erica andevalensis N3739'113" | W 730'345"

Quinta do Bispo Water Pt. 1: flooded open pit mine, “contaminated” N4034'427" | W 746220

Plant/Soil Salix sp. N4034'375" | W 746'24.1"

Soil Unplanted N4034'375" | W 746'24.1"

Plant/Soil Preridium aquilinum® N1 W a6 380"

Soil Unplanted N4034'39.1" | W 746/38.0"

Plant/Soil Preridium aquilinum N4034'403" | W 746'16.6"

Plant/Soil Retama sphaerocarpa N4034'403" | W 7°46'16.6"

Soil Unplanted N4034'403" | W 746'16.6"

Lousal Mine Water Uncontaminated water from Albufeira da Barragem da Tapada supplemented to passive N3802'151" | W 825'311"
treatment

Water Pt. 1: Leachate containment for tailings, “contaminated” N 3802'17.2" | W 8'25'25.8"

Water Pt. 2: Mixing pond for leachate and diluting water N3802'156" | W 825'25.4"

Water | .3 First treatment pool lined with limestone N3802'102" | W 825'36.4"

Water Pt. 4: 6th treatment pool with plants established N3802'107" | W 825'18.3"

Plant/Sediment | Juncus acutus' N3802'151" | W 825'311"

Plant/Sediment  Typha Latifolia* N3802'151" | W 825'311"

Plant/Sediment | Typha Latifolia N3802'107" | W 825'18.3"

Plant/Sediment  Juncus acutus N3802'107" | W 825'18.3"

sSamples collected from outside of the mining area.
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Moss-dominated fen Sedge-dominated fen

Passively warmed Actively warmed Passively warmed Actively warmed
plots plots plots plots

SUVAs, | 440 % 048 455 + 061 433£053 429055
530 + 0.47 5.17 + 046 5.55 + 0.47 5.31 + 0.50

I 132+ 006 133 + 007 151 £ 009 151 +0.09
1.31 £ 0.04 [ 131 £ 0.05 1.50 £ 0.04 | 1.53 £ 0.04

HIXgy 0.93 004 093 = 0.05 093 %003 093 % 0.03
092 £ 002 093 003 092 % 001 091 % 0.01

BIX 041003 040 = 0.03 050 % 0.04 051 % 0.04
anzon | 043 001 053 %003 | 056 % 0.03
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Moss-dominated fen Sedge-dominated fen

Control plots Warmed plots Control plots Warmed plots
2017 June 419£75 | a0+ 105 68.1%16 678 £20
July 25593 | m7282 s13:n7 464133
August 344293 325 %104 561+ 186 523166
2018 June 21684 210£86 53879 489 £ 105
July 202273 w2ess Cpiem 416121
August 20865 198451 323 +100 289 +53
2019 June 16295 leax1s 1ssa 34887
July 175 £42 152%55 337 £1L1 262 +87
August 169 +43 149 £ 40 419 £ 109 291 %107
September 155£54 12351 614+ 66 618+53
October 182 + 40 133+58 65546 647 £34
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Profile accession/gene n: Pathway Gene product

alkB* Alkane degradation alkane-1-monooxygenase
PFO0141 Oxidative stress Peroxidase
PFO0464 Methylotrophy Serine hydroxymethyltransferase

ihousepichle:





OPS/images/fenvs-11-1110169/fenvs-11-1110169-g001.gif





OPS/images/fenvs-11-1110169/fenvs-11-1110169-g002.gif





OPS/images/fenvs-11-1110169/fenvs-11-1110169-g003.gif





OPS/images/fenvs-11-1110169/fenvs-11-1110169-g004.gif
Pactx Jn? 7 B
Bz
- o






OPS/images/fenvs-10-1028405/math_2.gif
) % houw (m) x10(55) - @
)-co(SR)





OPS/images/fenvs-11-1110169/crossmark.jpg
©

|





OPS/images/back-cover.jpg
Frontiers in
Environmental Science

Explores the anthropogenic impact on our
natural world

An innovative journal that advances knowledge of
the natural world and its intersections with human
society. It supports the formulation of policies that
lead to a more inhabitable and sustainable world.

Discover the latest
Research Topics & rontors

o= Frontiersin
E

Avenue du Trbunal-Fédéral 34
1005 Lausanne, Swizeriand
ontersinor.

Contactus
4410215101700

& frontiers.






OPS/images/fenvs-11-1121969/fenvs-11-1121969-t001.jpg
Study area

Latitude

Longitude

Site type

Type of ditch

Description of the study
area

Lakkasuo® 6147 24718" Mitkg 1996-97 | 19" plant-free 3 Minkkinen and Laine. (2006)
[ Ptkg 1996-97 | 19" | plant-free 6
Vatkg 1996-97 | 19° Sphagnum + vascular 2 |
Vatkg 1996-97 | 19" Sphagnum 1"
Kalevansuo* sy | s | Vatkg 2011 s | Sphagnum + vascular 3| Minkkinen et al (2018)
Vatkg 2011 6 Sphagnum 1|
Konilampi* 61'47.728' | 24'17.713' [ Mitkg I 2012 5 Calliergon, Polytrichum, Sphagnum + | 1 | Koskinen et al. (2016)
vascular
Vesijako! 6122712 | 25°06615' Mtkg I 2012 3 plant-free 1|
Alkkianneva 62°9.50" 22" 46.24" | Jitkg 2014-15 | 11* | Sphagnum 2 Heikkinen (2016)
Huhdanneva 6271013 | 225275 Jitkg 2014-15 | 10 Sphagnum + vascular 2 |”
Jylkky 645297' | 2670607 Vatkg 2014-15 | 10° | Sphagnum 2| Ojanen et al. (2019)
Ptkg. 2014-15 | 10 Sphagnum + vascular 2 |*
Koirasuo, 6250 | 26 1456 | Vatkg 2014-15 | 11" | Sphagnum 2| Tolanenetal (2018)°
w6 | 26 mn | Vatkg 2014-15 | 12 | Sphagnum 2 |”
Konold 65'57.77" | 24'29.6' Rhtkg 2014-15 | 13" plant-free 2 Ojanen et al. (2019)
Rhtkg 2014-15 | 12" | plant-free 2 |”
Lahnalamminsuo | 60°40.69" 23'48.36 Jiitkg 2014-15 | 14" Sphagnum + vascular 2 Heikkinen (2016)
Laitasuo 64'36.65" 265400 [ Vatkg 2014-15 | 10" Sphagnum + vascular 2 |”
Leppiniemi 64'50.90" 26°0351" Vatkg 2014-15 | 10  plant-free 2 Ojanen et al. (2019)
Rhtkg 2014-15 | 10  plant-free 2 |”
Lylynneva 62°1040" | 22°48.63" Jitkg 2014-15 | 11" Sphagnum + vascular 2\|"
[ Vatkg 2014-15 | 10° | Sphagnum + vascular 2 |7
Pelso 6429.58' 26'18.36' Vatkg 2014-15 | 10° | vascular 2| *
Prkg 2014-15 | 10° | Sphagnum 2|2
Rantasuo 64'47.33' 26'29.95' Jatkg 2014-15 | 9" vascular 2 |*
[ Vatkg 2014-15 | 9° vascular 2 |
Stormossen 60'17.76" 2526.75" Vatkg 2014-15 | 14" Sphagnum + vascular 2 Tolvanen et al. (2018)°
Tolkansuo 64'38.08' | 2674955 Vatkg 2014-15 | 10°  Sphagnum + vascular 2 |?
Ylimysneva 62°8.93" 22" 52,09 Jiitkg 2014-15 [ 10 Sphagnum + vascular 2 Heikkinen (2016)
Rinskilinkorpi | 61°10966' | 25'15985' [ Rhtkg 1T and 2021 8 plant-free 10 | Laurila et al. (2021)
Mikg 11
Rhtkg 11 and 2021 8 vascular 2 |*
Mkg 11
[ Rhtkg 11 and 2021 8 Sphagnum u|”
Mikg 11
Rhtkg 11 and 2021 8 Sphagnum + vascular 1|
Mtkg 11
Lettosuo 60'38' |57 [ Mitkg 11 2021 7 vascular 6 | Korkiakoskietal (2020)
Mtkg 11 2021 7 Sphagnum 3|7
Mikg II 2021 7 Sphagnum + vascular 1|
[ Mtkg 11 2021 7 Polytrichum, Sphagnum 2 |7
[ Mtkg 11 2021 7 Polytrichum 6
Paroninkorpi 610" 24745 Rhtkg 11 2021 7 plant-free 8 | Palviainen et al. (2022)
Ritkg 11 Pt Sphagnum 0
Rhtkg 1T 2021 7 Sphagnum + vascular 5 |”
[ Rhtkg 1T 2 ;| Polytrichum, Sphagnum 1|

"CH, flux data s from Minkkinen and Laine, (2006).
“Total number of measurement timepoints for snow-free season during both study years, i, there were 9-10 timepoints per study year (1996 and 1997) in Lakkasuo and 3-8 timepoints per
study year (2014 and 2015) in other denoted areas.
“CH, flux data is from Minkkinen et al. (2018).
CH, flux data is from Koskinen et al. (2016).
“The reference report results on GHG measurements from the study areas but not description of the study areas.
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Study area (country) CHy (ug m™2 h™) References

Average Median

Data used for CH4 emission factor

Rénskaliankorpi (Finland) 2021 179 36 -a12 3,666 “This study

Lettosuo (Finland) 2021 502 120 287 3816 “This study

Paroninkorpi (Finland) 2021 324 68 -165 4,012 This study

14 study areas (Finland)* 2014-2015 1302 217 2,283 30739 “This study

Konilampi and Vesijako (Finland) 2012 1o s -3 7o08 Koskinen et al. 2016)
Kalevansuo (Finland) 2011 234 34 -98 1,757 Minkkinen et al. (2018)
Lakkasuo (Finland) 1996-1997 12375 6371 47 146,341 Minkkinen and Laine. (2006)

Other data from Finland

Lettosuo (Finland) 2015-2017 127/2,754" nd. -238 10,894 Korkiakoski et al. (2020)

Lakkasuo (Finland) 1995 5,065 3210 0 24,807 Minkkinen et al. (1997)

Data from foreign study areas

Asa Experimental Forest (Sweden) 1999-2002° 300-520° nd. nd. nd. von Arnold et al. (2005)

Tobo (Sweden) 2018-2019 3-24¢ 0-5° -31 5695 Tong et al. (2022)
Wally Creek (Canada) 1991 838-5,825" nd. -0 39,583 Roulet and Moore (1995)

‘See Table 1 for the names of the 14 study areas in dataset from 2014 to 2015.

"Tvo average values reported: 1. moss-filled ditch, and 2. Water-filled ditch.

“The exact year of ditch measurements is not reported.

“Min - max of four reported average values from 1. Site with young trees 13th June, 2. Site with young trees 27th June, 3. Site with old trees 13th June, and 4. Site with old trees 27th June.
“Min - max of four reported average and median values from 1. Uncleaned ditch in 2018, 2. Uncleaned ditch in 2019, 3. Cleaned ditch in 2018, and 4. Cleaned ditch in 2019.

Blin - i oF thise peatied avecis valuoe Trom 4. Tresd bag, 2 Barvetsd Bog.-aill 3. ‘Treed i
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Classification scheme 95% CI*

max
‘ 2 types of ditches
moss-covered 26 08 Ly 40 -03 130 20 a
moss-free 206 70 93 340 09 7.8 13 b
‘ 4 types of ditches
‘ Sphagnum 06 03 01 11 -03 24 10 a
Sphagnum + vascular | 38 o 18 62 08 130 14 b
vascular 88 s 30 145 17 166 5 be
plant-free 251 97 83 442 09 77.8 9 <
Outside of 4-type classification” 07 Y wa | wd -03 24 4
IPCC Tier 1 default® I 217 n/d | 4.1 [ 393 n/d n/d 1!

'95% confidence interval was calculated using bootstrapping for ditches in the 2-type and 4-type classification schemes.

*Ditch types included in the 2-type (in moss-covered class) but not in the 4-type classification, including Polytrichum-covered (1), Polytrichum and Sphagnum-covered (2), and Calliergon,
Polytrichum, Sphagnum and vascular plant—covered (1).

IPCC, 2014.

“Number of study sites (IPCC, 2014).
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High-quality draft

Medium-quality draft

Low-quality draft

Experiment/time Down Down
 Adantic July 10 RNA 05 2 0 4 1 0
Atlantic July 10 RNA 20 13 6 29 2 2
Atlantic July 2 RNA 0.5 17 6 62 1 10
Atlantic July 2 RNA 2.0 2 16 T 39 1
Pacific June 5 RNA 05 0 0 1 0 0
Pacific June 7 RNA 2.0 0 0 0 s 1
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Alkane degradation Methylotrophy Oxidative stress

Experiment Down Down Down
* Adantic July 10 2 4 0 3
Atlantic Jul 2 4 7 0 2
Pacific Jun 7 i1 1 0 0
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Categories Techniques

CLONES Includes the whole cloning-sequencing approach

CULTURE Enrichment and isolation

DETERMINATION-HYPHAE -

DETERMINATION-SPORES -

DGGE Denaturing gradient gel electrophoresis

FLOW CYTOMETRY Cell detection and counting by flow cytometry

GENOMICS Whole genome sequencing of a single taxa

INCUBATIONS Included only if a non-disturbed initial sampling was provided in studies including inoculation of soil pots, greenhouse assay,
microcosms, mesocosms, incubation vials, bioreactors, in situ soil inoculation, in situ soil chambers

METABARCODING Amplicon sequencing of 165 rRNA, 185 rRNA gene ITS gene or other functional genes at the whole community level, through
454 pyrosequencing or Illumina MiSeq

METAGENOMICS Shotgun metagenomic sequencing

MICROARRAY Life Detector Chip containing 300 antibodies, oligonucleotide probes GeoChip for functional genes, PhyloChip for strain taxonomic
identification

MICROSCOPY -

OTHER FINGERPRINTS Nucleic acid-based fingerprints, including Temperature gradient gel electrophoresis—TGGE, Amplified ribosomal DNA restriction
analysis—ARDRA, Single-strand conformation polymorphism—SSCP, BOX-PCR, Most probable number PCR—MPN-PCR, Southern
blot

PCR -

PHYSIOLOGY Individual enzymatic activity or microbial metabolic activities of a global pathway; Biolog ecoplates--bacteria, archaea and micro-
eukaryotes; community-level physiological profiling—CLPP; biodegradation assays; substrate utilization; antimicrobial activities;
production of biochemical components; Plant growth-promoting capabilities—PGP

PIGMENTS -

PLFA Fatty acid-based profiles

qPCR Gene abundance or expression of targeted genes by quantitative PCR

RESPIRATION It s one class of “PHYSIOLOGY”

SEQUENCING Gene or gene fragment sequencing on individual populations obtained after culture or fingerprint such as DGGE band

SIDEROPHORES -

T-RELP Terminal restriction fragment-length polymorphism

TOXICITY ASSAYS Exposition to UV-C, heavy metal
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Description Initial Final Maximum Normoxic Hypoxic Anoxic
0, PRE Control =350 + 117 200 + 14 -1733 £ 228 ~1,177 £ 154 -1,025 -
PRE Amended -1239 £ 173 ~7,490 + 781 8,689 + 694 -3949 £ 73 -8,228 + 531 -
MNB Control 743 + 94 —1221 ~1,541 £ 133 ~1,325+ 94 ~706 + 120 -
MNB Amended ~1,220 £ 99 849 | -6es3E74 | 3688+ 181 e s -
N, PRE Control 19£13 04£02 | 7436 6127 34 -
PRE Amended 84£03 30203 ssr0s | 23519 442212 297+ 12
MNB Control 1702 1001 l60+11 | 10810 | 96+04 -
MNB Amended 6608 0202 28806 180 £ 0.8 280 £06 137 %08
CH, PRE Control ~0.009 £ 0.029 002120014 0209 % 0.062 0.116 + 0.028 0194 -
 PREAmended | 01550068 0312 +0.183 152550626 | 03075019 | 0di7 20194 1040 + 0416
MNB Control -0.112 £ 0.119 ~0.002 % 0.005 0,045 £ 0,027 ~0.047 £ 0.085 0008 £ 0.021 -
MNB Amended ~0.105 £ 0.054 008020007 04200029 ~0.103 £ 0.026 0073 £ 0,020 0244 £ 0,002
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