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Editorial on the Research Topic
Environmental chemistry of mercury: sources, pathways, transformations
and impact

In terms of inorganic pollutants that are globally distributed, mercury (Hg) is a global
pollutant of major concern because of its ability to be transported globally via the
atmosphere, and through the ocean and via river watersheds. It has been released into
the environment from anthropogenic sources, from its intentional use, such as in artisanal
and small-scale goldmining (ASGM), and because it is a trace element in coal, ores and
other primary resources extracted and used by humans. Anthropogenic emissions globally
far exceed the natural inputs of Hg to the biogeosphere. While it is primarily released as
inorganic Hg, elevated levels of Hg as methylmercury (MeHg) in seafood and other foods is
a health concern for humans and wildlife. Mercury is taken up into vegetation and soils, and
into ocean surface waters primarily from the atmosphere, and can be released back to the
atmosphere due to natural processes, including those that are anthropogenically enhanced,
such as biomass burning and deforestation.

The exchange of Hg between the reservoirs of the biogeosphere, and the aquatic and
atmospheric chemistry of Hg are complex, as it can exist in many different inorganic and
organic forms, including elemental Hg, ionic Hg, and mono- and dimethylmercury, in the
dissolved phase, while also binding to organic ligands in water or attached to particles. In the
atmosphere, Hg is foundmainly in the gaseous phase. The conversion of inorganic Hg to the
more toxic methylated Hg forms is primarily mediated by bacteria and the factors
influencing the net conversion (methylation) to methylated Hg are not yet fully
understood. While most studies examine the environment chemistry of Hg using
measurements of concentrations and kinetic and other chemical characterizations of the
fate, transport and transformation of Hg, there is a growing number of studies that use the
environmental fractionation of Hg stable isotopes, and differences in isotopic composition
in different source materials to examine the origin and fate of Hg from industrial pollution.
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Given the complexities of the environmental chemistry of Hg,
and the lack of knowledge, and the advancement of techniques for
quantifying Hg species in the biogeosphere, this Research Topic was
defined to invite scientific contributions that examined the complex
environmental chemistry of Hg and was designed to enhance the
publication of new and exciting results. The paper in the Research
Topic included those published prior to, and after, the 15th
International Conference on Mercury as a Global Pollutant
(ICMGP) that was held in July 2022 remotely because of
the pandemic.

The papers published in this Research Topic examined the
following aspects of Hg environmental chemistry by:

1. Examining the chemical speciation of Hg in air, and advances
in speciation analysis of mercury (Gustin et al.).

2. Focusing on the examination of the methylation/
demethylation pathways, Hg redox reactions, and
interactions with of Hg with particles Lamborg et al. (dark
reduction of Hg); Coulibaly et al. (Hg reduction); Cui et al. (Hg
partitioning in the ocean); Despins et al. (Arctic Hg
methylation).

3. Using stable mercury isotope to examine biogeochemical
processes, transformations and transport of mercury Eckley
et al.; Schwab et al. (both examining historical mercury
contamination).

4. Examining the factors influencing mercury deposition over
paleo timescales Nalbant et al. (tropical lake).

5. Through regional studies of mercury biogeochemical cycling,
fate and transport Graham et al. (river); Fostier et al. (Amazon
rain forest).

The papers in this Research Topic cover all aspects of Hg fate and
transport and transformation in the biogeosphere with studies focused
on the atmosphere, oceans, terrestrial landscapes and freshwater
ecosystems, as well as examining the impacts of historical Hg

contamination and the controlling factors on its fate and effects.
These studies provide an insight into the important factors
influencing the fate, transport and bioavailability of Hg in the
environment, and demonstrate that while major advances in
understanding have occurred, there is still more studies needed to
further understand the factors controlling the formation and
bioaccumulation of methylmercury and its impact on humans.
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Dark Reduction Drives Evasion
of Mercury From the Ocean
Carl H. Lamborg 1*, Colleen M. Hansel 2, Katlin L. Bowman 1, Bettina M. Voelker 3,

Ryan M. Marsico 3, Veronique E. Oldham 2,4, Gretchen J. Swarr 2, Tong Zhang 2,5 and

Priya M. Ganguli 2,6

1Department of Ocean Sciences, University of California, Santa Cruz, Santa Cruz, CA, United States, 2Department of Marine

Chemistry and Geochemistry, Woods Hole Oceanographic Institution, Woods Hole, MA, United States, 3Department of

Chemistry, Colorado School of Mines, Golden, CO, United States, 4Graduate School of Oceanography, University of Rhode

Island, Narragansett, RI, United States, 5College of Environmental Science and Engineering, Nankai University, Tianjin, China,
6Department of Geological Sciences, California State University, Northridge, CA, United States

Much of the surface water of the ocean is supersaturated in elemental mercury (Hg0)

with respect to the atmosphere, leading to sea-to-air transfer or evasion. This flux

is large, and nearly balances inputs from the atmosphere, rivers and hydrothermal

vents. While the photochemical production of Hg0 from ionic and methylated mercury

is reasonably well-studied and can produce Hg0 at fairly high rates, there is also

abundant Hg0 in aphotic waters, indicating that other important formation pathways

exist. Here, we present results of gross reduction rate measurements, depth profiles and

diel cycling studies to argue that dark reduction of Hg2+ is also capable of sustaining

Hg0 concentrations in the open ocean mixed layer. In locations where vertical mixing is

deep enough relative to the vertical penetration of UV-B and photosynthetically active

radiation (the principal forms of light involved in abiotic and biotic Hg photoreduction),

dark reduction will contribute the majority of Hg0 produced in the surface ocean mixed

layer. Our measurements and modeling suggest that these conditions are met nearly

everywhere except at high latitudes during local summer. Furthermore, the residence time

of Hg0 in the mixed layer with respect to evasion is longer than that of redox, a situation

that allows dark reduction-oxidation to effectively set the steady-state ratio of Hg0 to

Hg2+ in surface waters. The nature of these dark redox reactions in the ocean was not

resolved by this study, but our experiments suggest a likely mechanism or mechanisms

involving enzymes and/or important redox agents such as reactive oxygen species and

manganese (III).

Keywords: mercury, evasion, elemental, dark, ocean, reactive oxygen species, manganese, global model

INTRODUCTION

Mercury (Hg) is a toxic trace metal that is uniquely volatile. Current estimates place the rate of gross
evasion of mercury (Hg) from the ocean to the atmosphere at about 17Mmole y−1, which is close to
the sum of inputs to the ocean of 21 Mmole y−1 (e.g., Outridge et al., 2018). While these fluxes are
nearly balanced in mass, they are very different in chemistry, with most of the input to the ocean
from the atmosphere as Hg(II) and the Hg leaving the ocean to the air is mostly as Hg0. Thus, a
substantial amount of Hg(II) reduction must take place in the ocean to support the observed fluxes.
We can put the sea-air flux in context by noting that the Outridge et al. estimate for the amount of
Hg in the surface water is about 13 Mmole. This value, when combined with the flux information,
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suggests a residence time of Hg in the surface ocean with respect
to evasion of about 0.76 years and an apparent specific net
reduction rate of 0.36 % day−1. This apparent specific reduction
rate is slower than that measured for gross production of Hg0

from Hg(II) (e.g., Rolfhus, 1998; Costa and Liss, 1999; Whalin
et al., 2007; Fantozzi et al., 2009; Qureshi et al., 2010; Soerensen
et al., 2014; Kuss et al., 2015; Lee and Fisher, 2019). If gross
reduction proceeds faster than the loss of Hg0 from the surface
ocean, then there must be substantial re-oxidation of Hg0 prior to
evasion (e.g., Soerensen et al., 2010). This sets up the possibility
that the concentration of Hg0 in the surface, one of the primary
driving parameters for Hg evasion, is at or close to a steady-
state set mostly by the redox recycling of Hg, and not the rate
of evasion or net production.

To gain a greater understanding of the evasion of Hg from
the ocean, much research has been conducted to understand
the ways by which Hg(II) is reduced to Hg0 in seawater. Light-
dependent mechanisms are fast (specific reduction with respect
to gross photoreduction under ambient light conditions: 0.39 to
1.53 h−1) and reduction mechanisms that appear not to be light-
dependent have been found to be many times slower (specific
reduction: <0.1 to 0.23 h−1; Rolfhus, 1998; Costa and Liss, 1999;
Whalin et al., 2007; Fantozzi et al., 2009; Qureshi et al., 2010).
However, when integrated over a water column, as done by
Rolfhus and Fitzgerald (2004) and alluded to by Fantozzi et al.
(2009) and Kuss et al. (2015), the importance of dark reduction
mechanisms increases, perhaps even to dominance because the
light-dependent reactions slow down as light diminishes.

One recent study in seawater deserves special attention,
that of Kuss et al. (2015) in the Baltic Sea. Using shipboard
incubations and a variety of amendments (e.g., filter-sterilizing,
light-shading), they sought to apportion the Hg0 produced
within Baltic surface water between light and dark mechanisms.
Their results suggested that about 59% was produced from light
reactions (a combination of direct abiotic and indirect biotic)
and about 41% from dark reactions (with some evidence that
this process was at least partially biological). Kuss et al. noted, as
did Rolfhus and Fitzgerald, that integrating to depths below the
surface would likely boost the importance of dark reactions but
did not calculate this.

The mechanism or mechanisms of Hg2+ reduction to Hg0 in
the dark are unclear. In the light, charge-transfer reactions seem
to be most important as photoreduction of Hg2+ is most effective
when Hg is complexed with photoactive dissolved organic
matter (O’Driscoll et al., 2006). However, photoreduction can be
enhanced through the production of reactive transients such as
Fe(II) which in turn reduce Hg2+ (Zhang and Lindberg, 2001).
Thus, it is reasonable that any redox intermediates of sufficient
strength produced by non-photochemical means should also
be able to reduce Hg2+. Candidate species in the dark ocean
most prominently include the reactive oxygen species (ROS)
superoxide and hydrogen peroxide which have been shown to be
actively produced by common marine heterotrophs (Diaz et al.,
2013; Sutherland et al., 2019).

How relevant are the implications of these studies to the global
ocean? The Baltic Sea is a low salinity and relatively eutrophicated
marine environment, and the Long Island Sound where Rolfhus

and Fitzgerald (2004) conducted their studies is an impacted
marginal embayment and most of Whalin et al. (2007) work was
conducted in estuarine environments. Thus, it remains uncertain
as to how important dark reduction is in the open ocean. Here we
describe experiments designed to provide additional constraint
on the rates and possible mechanism(s) of dark reduction under
such conditions and then place those rates in a global context
through relatively simple modeling.

METHODS

Sample Collection
Samples for profiles, diel studies and production incubations
were collected during the TORCH 2 cruise from September
20th to 29th, 2017 on board the R/V Endeavor (EN604; C.
Hansel, Chief Scientist). Trace metal-clean water collection was
accomplished using cleaned 8-L X-Niskin bottles deployed from
a 12-place Seabird Electronics rosette (SBE 19plus/SBE 32, the
trace-metal rosette or TMR). The rosette also carried a CTD-
driven Auto-firing Module (AFM). The AFM was programmed
to close Niskin bottles during up-casts at depths selected
by examining water column profiles of temperature, salinity,
photosynthetically active radiation (PAR) and chlorophyll
fluorescence that were collected with the ship’s non-clean CTD
system immediately before the TMR was deployed. Samples
for vertical profiles were retrieved at 4–6 depths (with Niskins
doubled- or tripled-up to provide the necessary volume for
various needs) that also included depths that would represent
those for further incubation studies.

The stations occupied during TORCH 2 cruise are
summarized in Table 1 and shown in Figure 1. All except
Station 4 can be characterized as continental shelf environments,
while Station 4 is an off-shelf, more open ocean environment.
The stations were selected to target a range of heterotrophic
microbe activity, as reflected by a range of water temperature
and primary production (Figures S1, S2).

Mercury Speciation
We measured the amount of dissolved total Hg and Hg0

according to protocols described elsewhere (Lamborg et al., 2012
and references therein). In brief, duplicate ∼200mL samples for
dissolved total Hg were withdrawn from X-Niskins by peristaltic
pump in a “clean bubble” by passing the fluid through Sterivex

TABLE 1 | Stations occupied during the TORCH 2 Cruise.

Station Latitude/Longitude Photic Deptha (m) Approx. Water Depth (m)

1 40.8722/−71.69217 30.6 57

2 39.18884/−73.56232 30.0 44

3 37.77692/−74.56461 28.0 57

4 39.48669/−70.52424 84.8 2,482

5 41.18026/−67.92692 22.8 50

6 40.75594/−72.19386 32.4 43

adefined as depth of 1% of surface irradiance.
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FIGURE 1 | Station locations for the TORCH 2 cruise. Isobaths on the continental shelf are shown in solid lines and are in 50-meter intervals. Those off the shelf are

shown in dotted lines and denote 1,000-meter intervals. Bathymetric data from ETOPO1.

FIGURE 2 | Example time course of the Hg0 mass purged from an experimental setup used to determine dark gross reduction rates. These data are from Station 6,

with water filtered and taken from 30m depth.

filter capsules with a nominal pore size of 0.2µm and into 250-
mL, acid-washed glass bottles (I-Chem). Similarly, but without
filtration, duplicate ∼1,800mL samples for Hg0 were withdrawn
from the X-Niskins by gravity through a length of acid-washed
C-Flex tubing positioned to avoid injecting bubbles. Samples for
total Hg were then preserved with BrCl, while the samples for

Hg0 were immediately purged with high-purity N2, with the gas
effluent passing through a gold-coated sand trap to amalgamate
Hg0. Following purging, the volume of the sample purged was
measured by graduated cylinder to the nearest 5mL. The amount
of Hg0 so collected was determined by heating the trapping
column onto the analytical trap of a Tekran 2600 Cold-vapor
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Atomic Fluorescence Spectrometer (CVAFS), calibrated using
a saturated vapor standard held at 15 ◦C (Tekran). Total Hg
samples were also measured by purge-and-trap CVAFS after the
excess BrCl was reduced by NH2OH and the Hg(II) present
reduced to Hg0 by SnCl2. Calibration was also accomplished
using the vapor standard and checked with aqueous standards
traceable to NIST.

Gross Hg0 Production Incubations
The aphotic gross rate of Hg0 production was measured in
nominally 5-L sized samples supplemented with an extra ∼50
pmoles of Hg(II). Incubation samples were either filtered to
0.2µm using Sterivex filters and peristaltic pumps directly out
of the X-Niskins bottles or decanted unfiltered and held in
acid-washed 10-L carboys. Shortly after filtering/decanting, the
samples were spiked with Hg(II) and held in the dark and at
room temperature for >18 h to allow the spike to fully complex
with ambient ligands (Lamborg et al., 2003). For experiments
where chemical amendments were made (see details below), the
amendment was added just prior to the start of measurement
andmixed with agitation. Before rate measurement, each sample-
containing carboy was outfitted with a two-port cap. One port
led to a sparging frit inside the carboy which was fed with room
air that first passed through an Hg0-trapping activated charcoal
cartridge. The second port, which allowed sampling of the carboy
headspace, led to the pumping inlet of a Tekran 2537 automated
vapor Hg sampling/analysis unit. Altogether, the system allowed
the Tekran 2537 to draw Hg0-clean room air into the carboy,
sparge the contents and take near-continuous (5min sampling
integration) measurements of the evolving gas. The carboy was
kept at room temperature throughout the experiment and dark
by covering with a black plastic sheet. A typical time course
following attachment of the carboy to the analyzer is shown in
Figure 2. Initially, the concentration of Hg0 collected was high
as a result of a combination of room air Hg0 in the headspace
of the carboy as well as some amount of Hg0 generated from the
Hg(II) spike added at least 18 h prior. The collected Hg0 dropped
rapidly, however, as this standing stock of Hg0 was removed from
headspace and solution, revealing a supported baseline amount
of Hg0 generated in solution. As the standing stock of Hg0 in
the carboy was decreased due to the continuous sparging, there
was little opportunity for re-oxidation of produced Hg0, so that
the rate of Hg0 removal would reach steady state with the rate of
gross reduction (they differ by about 2% given an approximate
16min residence time of supported Hg0 in the carboy with
respect to purging and an approximate 860min with respect
to dark oxidation). Sparging/measurement therefore continued
until a stable baseline of 5 measurements, all within 10% of each
other, was observed. Following the experiment, the final volume
of seawater in the carboy was measured and a subsample taken
for total Hg analysis as above. The final specific gross rate of
production was calculated by dividing the average mass of Hg0

collected during a sampling interval (5min) by the mass of total
Hg in the carboy (total Hg concentration multiplied by the final
volume), to yield values with per time units. A system blank was
also recorded by running an empty carboy for several cycles, and

which always yielded Hg0 concentrations in the effluent gas that
were below detection (<0.01 ng Hg0/m3 of air).

Incubation Amendments
Away from the surface and a ready source of photons, reactive
oxygen species (ROS) and other transient redox species (such
as forms of manganese (Mn), iron (Fe), and copper (Cu) as
well as biogenic reducing agents) seem the only source of
electrons to drive Hg0/Hg(II) speciation so far from equilibrium.
Furthermore, ROS are generated extracellularly by common
marine heterotrophs (Diaz et al., 2013) and within dark marine
waters (e.g., Rose et al., 2008b; Zhang et al., 2016), making this
suite of compounds worthy of study regarding Hg cycling in dark
water. To explore the possible role of ROS in Hg(II) reduction,
some gross reduction rate incubations were amended with either
hydrogen peroxide (H2O2) or nicotinamide adenine dinucleotide
(NADH). The first, H2O2 is a ROS formed either directly or via
dismutation of another ROS species, superoxide (e.g., Blough and
Zepp, 1995). The second, NADH, is a reducing equivalent carrier
in wide use by bacteria and has been shown to stimulate ROS
production both in bacterial culture and natural waters (Andeer
et al., 2015; Zhang et al., 2016). Since NADH is only an indirect
source of ROS and in case a change in Hg(II) reduction were
observed following its addition to our incubations, superoxide
dismutase (SOD) was also added to some amendments to act as a
control. Superoxide dismutase acts to catalyze the destruction of
superoxide to H2O2 at seawater pH’s (e.g., Kieber et al., 2003).
For incubations with H2O2 amended, 30% H2O2 (ACS grade)
was diluted to a secondary stock (50 µM) and then added to the
seawater samples to boost the concentration to ∼50 or 100 nM.
For the superoxide amendments, enough NADH was added to
initially raise its concentration to 200 µM through addition
of a 5mM stock solution (MP Biomedicals). For controls with
SOD and NADH additions, enough SOD was added to raise the
concentration to ∼50 kU/L through the use of a 4 kU/mL stock
solution (Sigma).

In addition to ROS amendments, some gross reduction
incubations were amended with Mn(III) in the form of Mn(III)-
DFOB (desferrioxamine-B, as prepared in Madison et al., 2011).
Manganese is a well-known redox facilitator in natural waters,
but until recently it was thought that only theMn(II) andMn(IV)
forms were present in environmentally relevant concentrations.
There is a growing appreciation, however, that Mn(III), stabilized
by organic complexing ligands, can comprise substantial and
sometimes majority fractions of dissolved Mn especially in
nearshore environments (e.g., Oldham et al., 2017). Thus, we
explored whether this redox shuttle might also affect Hg(II)
reduction. We added enoughMn(III), bound to desferrioximine-
B (DFOB) as a stabilizer, to the incubations to raise the
concentration to 500 nM. In addition, and as a control, we added
a similar amount of just DFOB to see if affected Hg cycling on it
own (presumably through complexation).

Superoxide Concentration Measurements
The in-situ concentration of the superoxide radical (O·−

2 ) was
measured using the chemiluminescence method described by
Rose et al. (2008a), with minor modifications (Sutherland et al.,
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2020). Superoxide signals were measured by pumping unfiltered
seawater (UFSW) or aged filtered seawater (AFSW) from dark
bottles using a high accuracy peristaltic pump directly into a flow-
through FeLume Mini system (Waterville Analytical, Waterville
ME). For AFSW, seawater was filtered (0.2 µm), amended with
50µM diethylene-triaminepentaacetic acid (DTPA, Sigma), and
aged in the dark for at least 8 h in order to eliminate all particle-
and metal-associated superoxide (remaining sources would be
reactive DOC and/or soluble extracellular enzymes). Superoxide
detection was based on the reaction between superoxide and
a chemiluminescent probe, a methyl cypridina luciferin analog
(MCLA, Santa Cruz Biotechnology; Rose et al., 2008a) as
described by Roe et al. (2016). To minimize incidental room
light exposure, seawater was pumped into the FeLume using
opaque tubing (∼20 s transit time between sample bottle and
FeLume). For each depth, the superoxide signals were measured
within UFSW and AFSW for several minutes (∼2–4min) to
achieve a steady-state signal. At the end of each measurement,
800U L−1 superoxide dismutase (SOD, Sigma) was added to
seawater samples. A small fraction of the superoxide signal is
a result of reagent auto-oxidation, thus this artifact is removed
by taking the difference between two signals as follows. First,
the chemiluminescent response, R, in the UFSW and AFSW
was quantified relative to the SOD baseline, and converted
to concentration using the calibration sensitivity, Scalibration
(Equation 1). Next, the total light-independent superoxide
concentration was determined using the difference between the
UFSW signal and AFSW signal (Equation 2, Roe et al., 2016).
The primary assumption here is that the sources of superoxide
in the AFSW are negligible; otherwise, the concentrations are
underestimates of the true steady-state dark values.

[

O·−

2

]

(UFSW or AFSW )
=

Rsample − Rsample+SOD

Scalibration
(1)

[

O·−

2

]

total
=

[

O·−

2

]

UFSW
−

[

O·−

2

]

AFSW
(2)

Calibrations were conducted using potassium dioxide (Sigma)
as detailed previously (Zhang et al., 2016). Briefly, a primary
stock solution containing potassium dioxide was prepared
and quantified spectrophotometrically (Abs240). To prepare the
calibration standards, the primary stock solution was further
diluted with the calibration matrix to a final superoxide
concentration of 5–41 nM. Both primary stock solution and
calibration standards were prepared immediately before the
analysis. The corresponding chemiluminescent signals were
recorded and extrapolated back to the time when the primary
standard was quantified, using first order decay kinetics. The
half-life of superoxide in AFSW ranged from 0.26 to 0.49min
and the extrapolation time was 0.5–1min. Calibration curves
were constructed based on the linear regression of the natural
logarithm extrapolated chemiluminescent signals vs. superoxide
concentrations in the calibration standards. Calibrations yielded
highly linear curves (e.g., R2 > 0.9), with a sensitivity, Scalibration,
of 0.16 ± 0.04 (average and standard deviation of different water
depths) counts per pM.

Superoxide Production Rate
Measurements
At a subset of stations and depths, superoxide decay rates
within unfiltered waters were quantified. Decay rate constants of
superoxide were determined by spiking in known concentrations
of a calibrated potassium dioxide stock at levels ∼2–3 times
measured in situ concentrations and measuring superoxide
decay over time as discussed above. The decay constants
were obtained by modeling data using a pseudo-first order
decay equation (Shaked and Armoza-Zvuloni, 2013; Armoza-
Zvuloni and Shaked, 2014). Waters were spiked with superoxide.
Production rates were calculated using the measured steady-state
superoxide concentrations and modeled decay rate constants for
each water sample (Roe et al., 2016).

Ancillary Measurements
Several ancillary measurements were made using the ship’s
CTD rosette, including temperature, salinity, dissolved
oxygen, chlorophyll fluorescence, beam transmission and
photosynthetically active radiation (PAR). The depth of the
photic zone was estimated by fitting an exponential curve
through the PAR data, and then interpolating to find the depth
at 1% of surface irradiance.

Modeling—Formulation
To examine the relative importance of dark and light reduction in
Hg0 production, we have constructed a relatively simple model of
the production of Hg0 in the oceanic water column by both light
and dark mechanisms. The model seeks to estimate the specific
gross rate of Hg0 addition in the oceanic mixed layer (the layer
in regular contact with the atmosphere and capable of supplying
Hg0 for evasion).

Assuming first-order kinetics, we modeled the Hg-specific,
depth-integrated, gross production of Hg0 from Hg(II) using the
following equation:

SIP =
kuvbUVB(1− e−εuvbz)

εuvb
+

kparPAR(1− e−εparz)

εpar

+kdark

(

Q10
T−25
10

)

z (3)

where SIP is the specific (Hg(II)-normalized) integrated Hg0

production, kuvb and kpar are the photochemical Hg(II) reduction

TABLE 2 | Summary of Parameters Used in the Hg0 Gross Production Model.

Parameter Value Units References

kUVB 0.044 ± 0.004 m2 kJ−1 Kuss et al., 2015

kPAR 4.2 ± 1.8 ×10−4 m2 W−1 day−1 Qureshi et al., 2010

εuvb 0.5 ± 0.1 m−1 Johannessen et al.,

2003

εpar 0.030 ± 0.006 m−1 Morel, 1988

kdark 0.168 ± 0.048 day−1 This study

Q10 2 unitless Lee and Fisher,

2019
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rate constants for UV-B and PAR at the surface (respectively),
εuvb and εpar are the exctintion coefficients for UV-B and PAR,
kdark is the reduction rate constant for non-photochemical
pathways at 25◦C, Q10 is the temperature dependence coefficient
of kdark, z is the depth of the mixed layer and T is the
temperature of the mixed layer in ◦C. The units and values
of these terms are summarized in Table 2. Overall, the gross
Hg-specific, depth-integrated Hg0 production rate has units
of meters per day. The first two terms represent the depth-
integrated production of Hg0 by light-dependent reactions,
including abiological photoreduction of Hg(II) complexes by

UV-B and the indirect reduction of Hg(II) by phytoplankton
during photosynthesis (PAR-dependent term). The rate constants
used are those taken from experimental data (Qureshi et al., 2010;
Kuss et al., 2015), and assumed to follow an exponential decay in
value with depth according to extinction coefficients appropriate
for the wavelengths of light involved in those reactions (UV-
B for abiological reactions and PAR for biological reactions).
The third term is the depth-integrated production of Hg0 by
dark reactions, assumed to be directly or indirectly related to
the activity of heterotrophic microbes. The rate constant here
comes from our experiments described above but adjusted for

FIGURE 3 | Hg species concentrations and ancillary parameters at each TORCH 2 station. Notice the different depth axis scale for Station 4. In each panel, the black

circles are total dissolved Hg, the red circles are percent of total Hg as Hg0, the green dashed line is chlorophyll-a fluorescence (in µg/L concentration equivalents), the

black line is temperature, and the blue dotted line is dissolved oxygen.
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temperature using a Q10 value of 2 (Lee and Fisher, 2019), and
which is typical for biological processes. This term might also
be expected to have other dependencies related to the activity
of bacteria in a given location, including for example primary
production. We do not as yet know whether such dependency
exists or how to parameterize it and so have left it out. This issue
is taken up later as one of the caveats of the model. Temperature
within the mixed layer is assumed constant with depth. We could
have also included a term for the delivery of Hg0 from below the
mixed layer as a consequence of vertical eddy diffusion, but initial
calculations suggested this term was small enough to ignore. This
simplification ignores Hg0 produced below the mixed layer that
might find its way to the surface following seasonal entrainment
(deepening of the mixed layer; e.g., Strode et al., 2007; Soerensen
et al., 2010) and is therefore a likely low-end estimate for the
rate of Hg0 in-growth in the mixed layer. The values used in the
equation are summarized in Table 2.

Climatologies for Light, Temperature, and
Mixed Layer Depth
To apply these calculations to environmental conditions in
different locations, we focused our analyses on 4 months
that represent the progression of sunlight and other seasonal
conditions (December, March, June, September). We also drew
on several publicly available climatologies and recast them in
terms of zonal averages over open ocean areas.

The first climatology we used was a two decade long record
(1979–2000) of modeled and ground-truthed UV-B irradiances
from NCAR (https://www2.acom.ucar.edu/modeling/tuv-
download; accessed August 2018, data updated February 2017,
Figure S1; Lee-Taylor and Madronich, 2007). This climatology
includes the effects of sun angle and attenuation by atmospheric
ozone and clouds. As this climatology includes data for UV-B
flux to both land and ocean, a land mask was applied to the
values prior to calculation of zonal averages and the original
latitudinal resolution of 1 degree was converted to 2 degrees. The
values provided by the NCAR dataset are presented in units of kJ
m−2 month−1 which we adjusted to kJ m−2 d−1 for the purposes
of comparison to our dark reduction. The UV-normalized,
specific Hg(II) reduction rate suggested by Qureshi et al. (2010)
was 0.044 ± 0.004 m2 kJ−1. We used this value multiplied by
the zonally averaged UV-B climatology to get the specific Hg(II)
reduction rate (kuvb, in units of d−1) in surface waters as a
function of latitude and time of the year.

The second climatology we incorporated was for PAR so that
the contribution of phytoplankton on Hg(II) reduction could
be examined. For this purpose, we used downwelling irradiance
estimated from the Aqua-MODIS satellite-based radiometer.
The data include monthly averages of a time span ∼from 2002
to 2017 made available by NASA (https://oceandata.sci.gsfc.na
sa.gov/MODIS-Aqua/Mapped/Monthly_Climatology/9km/par),
with data updated within the last two years. The original values
are served at 9 km resolution which we converted to 2-degree
zonal averages, with land values removed. Original units are in
einsteins m−2 s−1, which we transformed to W m−2 through
comparison to NLDAS data to facilitate use with the rate

measurements of Kuss et al. (2015). The zonal averages are
shown in Figure S4.

The third climatology employed in our model was for
global sea surface temperature. These data were retrieved from
NCEP (https://ftp.emc.ncep.noaa.gov/cmb/sst/oimonth_v2/)
and consisted of combined satellite and in-situ measurements
(Reynolds et al., 2002; Figure S5). For use in the model, we
assumed that these values were representative of the temperature
in the local mixed layer. The original data set was provided in
1-degree resolution, from which we generated 2-degree averages
for our analysis.

A fourth climatology applied to our model was that for
ocean mixed layer depth developed by de Boyer Montégut et al.
(2004), accessed at http://www.ifremer.fr/cerweb/deboyer/mld/
home.php and shown in Figure S6. This dataset was provided in
2-degree resolution and was used without further modification.

To compare Hg0 production speeds to evasion piston
velocities, we also made use of a surface wind speed climatology.
We used the Blended Sea Wind product from NOAA, which is
the result of NCEP Reanalysis 2 (www.ncdc.noaa.gov/data-acc
ess/marineocean-data/blended-global/blended-sea-winds; Zhang
et al., 2006). This data set is a monthly climatology making use
of data collected from 1995 to 2005 and at 0.25-degree resolution
(Figure S7). To appropriately combine with our other datasets,
we averaged the data down to 2-degree resolution first, and
then generated zonal averages. The zonal average data was then
converted to a gas exchange piston velocity using the formula of
Wanninkhof (1992), including incorporating modifications for
sea surface temperature on the Schmidt Number for Hg0 from
our zonally average temperature data mentioned above.

RESULTS AND DISCUSSION

Species Distributions
The concentration of the Hg species ranged from 0.41 to 2.47 pM
for total dissolved Hg and 0.05 to 0.3 pM for Hg0, with relatively
little variation vertically at the shelf stations (Figure 3). At Station
4 in deeper water, the profile revealed a peak in percent of total
Hg as Hg0 within the thermocline and below the photic zone.
This sort of profile observed at Station 4 is comparable to that
observed in other open ocean conditions, where Hg0 and percent
of total Hg asHg0 often look “nutrient-like” in character, and total
Hg to a lesser extent as well (e.g., Bowman, 2014; Bowman et al.,
2020). There were no obvious correlations between total Hg, Hg0

and percent of total as Hg0 and any of the ancillary parameters
shown in Figure 3 (temperature, chlorophyll a fluorescence and
dissolved oxygen). Dissolved oxygen was never particularly low
(range was 192 to 293µM), though it did tend to decrease below
the mixed layer and photic zone. Thus, the concentration of Hg0

was always many orders of magnitude above that predicted by
equilibrium given the redox properties of the Hg0/Hg(II) couple
(e.g., Whalin et al., 2007).

Concentrations of Hg0 were supersaturated at all depths and
at all stations if the atmospheric concentrations were assumed to
be 1.5 ng Hg0 m−3 (Soerensen et al., 2013) and ranged from 160
to 1,140%. Degrees of supersaturation tended to vary only slightly
with depth between about 300 and 400% supersaturation. At shelf
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stations, the degree of supersaturation was highest in the surface
and fell off below the photic zone, while at Station #4 there was a
peak in supersaturation just below the photic zone.

Diel Cycling
At two stations, #2 and 6, we conducted diel samplings, where
the species were measured at three different depths over the
course of 17 and 29 h, respectively (Figure 4). No significant
trend in any of the Hg species was observed at these locations

over time, suggesting little overall net effect of light on Hg0

production. The depths studied included those at the surface
(3m for St. 2 and 6), chlorophyll max (12 and 18m for St. 6)
as well as below the local photic zone (30 and 40m for St. 2;
39m for St. 6), and while the concentrations of Hg species were
different at the different depths, the temporal trends were the
same. These two observations together discourage the view that
vertical mixing could have mixed away a photochemical signal
making the system appear to have little diel trending. A lack of

FIGURE 4 | Diel variations of Hg species at Stations 2 and 6. Sunrise and sunset were at ∼6:45 and 18:45 local time, respectively.
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diel cycling has been noted in other open ocean locations for
example by groups using high-resolution underway sampling of
Hg0 in surface waters (e.g., Andersson et al., 2008; Mason et al.,
2017). However, there are studies that have reported diel changes
in Hg0 concentrations (e.g., Fantozzi et al., 2007; Tseng et al.,
2012) and we return to the issue of whether diel cycling should
be expected or not below.

Gross Reduction Rate Incubations
To begin to probe the underlying mechanisms of Hg reduction,
we conducted gross dark reduction incubations in water collected
below the photic zone at stations #2, 3, 4 and 6, and depths
were 40, 34, 160, and 39m, respectively. The role of particles
was assessed by comparing Hg(II) reduction in unfiltered and
filtered waters (Figure 5). The specific gross rate of Hg(II)
reduction in unfiltered samples averaged 0.007 ± 0.002 h−1,
with no discernible trend among stations. The filtered results
were more variable, with the specific rates at Stations #2 and 4
essentially the same as the unfiltered, but at Stations #3 and 6
less than and greater than the unfiltered, respectively.While these
results are difficult to interpret, they indicate that filtering does
not universally result in a substantial loss of reduction power.
Thus, the presence of cells and particulates does not appear
necessary for robust dark reduction to take place. Nevertheless,
this does not imply that microbes are not involved in dark
Hg(II) reduction, but just that reduction can occur without active
cells. In fact, we previously observed that Hg(II) reduction in
brackish water is facilitated by dissolved compounds that reside
in the 3–10 kDa size range (data not shown), which implies the
involvement of extracellular enzymes. Thus, it is possible that
microbes are required for Hg reduction via the production of
dissolved metabolites or extracellular enzymes that promote the
reduction reaction.

In addition to the filtered/unfiltered treatments, we also
amended a subset of dark gross reduction measurement
incubations with chemicals we hypothesized might be involved
in promoting or inhibiting Hg reduction. Our initial hypotheses

FIGURE 5 | The gross dark specific rate of Hg(II) reduction in filtered and

unfiltered water from four TORCH 2 stations. See text for station details.

included ones that centered around the potential involvement,
either directly or indirectly, of reactive oxygen species including
superoxide and hydrogen peroxide. These transient species have
redox potentials that lie in the middle of environmentally
important redox couples (e.g., Fe, Mn, and Hg) and can therefore
variously act as both oxidants and reductants, depending on
the compounds with which they are presented. Production
of the ROS superoxide (O·−

2 ) and hydrogen peroxide (H2O2)
in natural waters has more recently been attributed in large
part to light-independent reactions mediated by particles,
presumably composed primarily of microbes (Rose et al., 2008b;
Hansard et al., 2010; Roe et al., 2016; Zhang et al., 2016;
Sutherland et al., 2020). As these ROS may influence the cycling
of Hg, some of our amendment experiments either added
exogenous ROS or stimulated ROS production by the resident
microbial community.

Figure 6 illustrates the results of amendments made to the
seawater in our gross rate incubation experiments designed to
explore the influence of ROS. In one set of incubations containing
water collected from Station 2 at 40m, H2O2 was added to
bring the concentration in the incubation to either 50 or 100 nM.
Typical continental shelf waters can be expected to have 10s to
100s of nM H2O2 (e.g., Miller and Kester, 1988; Miller et al.,
2005). Thus, the amendments were substantial, but within an
order of magnitude of the ambient concentrations. The addition
of H2O2 either had no effect on the gross Hg(II) reduction rate
(relative to the unamended control) in the case of unfiltered
seawater, or about a 30% decrease in reduction rate in the case
of filtered seawater. The absence of any effect in the unfiltered
water suggests that the added H2O2 was degraded by particles
that are presumably microbes. Indeed, the primary pathway of
H2O2 degradation in the ocean is viamicrobial enzymatic activity
(Moffett and Zafiriou, 1990).

Superoxide amendment in the incubations was achieved by
stimulating superoxide production via NADH-based enzymes
as conducted previously (Zhang et al., 2016). The addition of
NADH to both filtered and unfiltered seawater saw a significant
change in Hg(II) reduction only in the unfiltered treatment. In
that treatment, specific gross reduction increased by about 30%
(Figure 6). In a parallel study, laboratory experiments confirmed
that NADH does not directly reduce Hg(II) (Marsico, 2015).
The results of the two NADH treatments suggest that microbes
can be involved in Hg(II) reduction and that this reduction can
be stimulated through NADH addition. Including SOD with
the NADH treatments (not shown) resulted in no statistically
significant loss of the stimulated reduction, implying that the
contribution to stimulated reduction activity from superoxide
could not be resolved. Consistent with this, if we examine the
concentrations of Hg0, the ratio of Hg0 to total Hg and light-
independent steady-state superoxide concentrations from the
cruise profiles together (Figure 7), we see no correlation and
therefore no circumstantial support for the idea that superoxide
contributes to Hg(II) reduction. Furthermore, if we compare
the Hg species concentrations and ratios to light-independent
superoxide production rates (Figure 7) there appears to be an
inverse relationship (at least with the fraction of total as Hg0).
Therefore, it would seem that superoxide does not contribute
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FIGURE 6 | The gross dark specific rate of Hg(II) reduction at Station 2 from water collected at 39m, with various ROS-related amendments, shown relative to the

local unamended control.

to Hg(II) reduction in seawater, or perhaps that under ambient
conditions it instead is reacting with some other species which is
more influential in Hg(II) reduction.

Another possible reactant of Hg is oxidized Mn species,
including Mn(III)-L complexes. This is particularly interesting
in this context because in a parallel study, Mn(III)-L was
shown to be abundant within the water column of these sites
(Oldham et al., 2020). In the filtered Mn(III)-DFOB amendment
incubations, the gross specific rate of reduction jumped by about
a factor of 20 relative to filtered but unamended (Figure 8). The
filtered+DFOB-only treatment was indistinguishable from the
unamended, suggesting the dramatic increase in Hg reduction
was the result of the presence of the Mn(III), not DFOB, in
solution. Interestingly, when the same pair of Mn(III)-DFOB
and DFOB-only treatments were applied to unfiltered seawater,
there was only a modest increase in the gross reduction rate
when Mn(III) was present, and a decrease in the gross rate
when DFOB alone was present. This suggests that when cells
were present, the DFOB may have facilitated cell uptake of
Hg(II) or otherwise rendered the Hg(II) in a form that was not
available for reduction. When both Mn(III) and DFOB were
present along with cells, the two apparent competing forces of
increased reduction from the Mn vs. the sequestration from the
DFOB+cell combination resulted in an increase in reduction that
was modest.

As noted above, there was no discernible trend in the gross
specific rate of Hg(II) reduction in unfiltered samples across
our stations. This is interesting because the stations where our
experiments were conducted include waters with a range in
cell abundance from 0.4·106 to 2·106 bacterial cells mL−1 in
aphotic waters (Sutherland et al., 2020) and perhaps a range in
community activity as well. This suggests three possibilities: (1)
Hg(II) reduction in the dark is not dependent on heterotrophic
bacterial activity at all and whatever the agent responsible for Hg
reduction was, had a uniform distribution or was at sufficient
excess at all our stations, (2) cells at the lower abundance site
had a higher per cell dark reduction rate than cells at the higher
abundance sites, or (3) the rate of dark reduction, whatever
the mechanism, is set by a slow step other than the reaction
itself, for example the rate of release of Hg from a “hard-to-
reduce” pool.

The gross specific rate measured here is also interesting in
that it is slower than photochemical reduction, but still relatively
fast. The dark rates we observed were similar to those reported
earlier (e.g., Whalin et al., 2007), though perhaps better resolved.
Thus, even in open ocean conditions and as suggested by others
for coastal environments, depth-integrated dark reduction has
the potential to provide more Hg0 in the mixed layer than
light reactions under conditions where the mixed layer depth is
relatively deep.
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FIGURE 7 | The fraction of total Hg as Hg0 compared to the light-independent, steady-state concentration of superoxide (left) and the rate of light-independent

superoxide production in unfiltered water (right) at all stations and depths. For more details on the superoxide dynamics (see Sutherland et al., 2020).

FIGURE 8 | The gross dark specific rate of Hg(II) reduction at Station 3 with

Mn(III)-related amendments, shown relative to the local unamended control.

Zonally Averaged Modeling
To explore the hypothesis that depth-integrated dark reduction
can be more important that light reduction, we used the
model described above, driven with climatological data to get
an estimate for the total, depth-integrated production rate of
Hg0 within the mixed layer and the apportionment of that
production between light-dependent and -independent (dark)

mechanisms. The results from these calculations are shown in
Figure 9 and summarized in Table 3. Several features of the
model output are worth discussing. First, the overall rate of
reduction varies dramatically with latitude, with tropical regions
producing Hg0 at a much faster specific rate than high latitude
regions. Furthermore, as tropical latitudes make up a larger
fraction of the ocean’s area than do high latitudes, the model
predicts that the tropical ocean is where the majority of Hg
reduction takes place. This does not necessarily translate into
higher evasional fluxes, however, as re-oxidation rates and wind
speed will influence the specific rate of evasion. For example,
as Kuss et al. (2011) noted, relatively high concentrations of
Hg0 can be found in tropical surface waters, but winds at these
latitudes tend to be lower than at higher latitudes. Thus, they
foundmaximal evasion fluxes (per unit area) in temperate waters.

The second major feature of the output to notice is that
integrated dark specific reduction is faster than either of the light-
dependent pathways, as well as the sum of the two, except in high
and temperate latitudes during local summer. The abiological
(photochemical) light reduction pathway is everywhere greater
than the phytoplankton pathway as well. Therefore, the model
predicts that temperature, which is the primary control on dark
reduction, is the critical modulator of Hg0 specific production
and explains why warm tropical waters dominate global specific
reduction. In addition to high specific reduction, the tropics
also experience high loadings of Hg(II) to the ocean from their
relatively high precipitation depths, which when combined to
vigorous reduction, leads to high Hg0 concentrations and high
evasion rates in and around the intertropical convergence zone
(Kuss et al., 2011; Soerensen et al., 2013, 2014; He and Mason,
2020).

Comparing the residence times of Hg0 in the mixed layer
with respect to reduction/oxidation and evasion reveals that in
most locations oxidation is a bigger gross sink for Hg0 from
the mixed layer than is evasion. Figure 10 portrays this by
calculating the ratio of the residence time of Hg0 with respect to
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FIGURE 9 | Comparison of the zonal-averaged depth-integrated Hg specific reduction rate for representative months, in units of meters per day. The lines are the

mean value while the shaded areas are the ± 1 standard deviation envelope.

evasion, divided by the residence time with respect to production
from Hg(II):

R =
kred [Hg(II)]ML

kpiston [Hg0]
(4)

where kred is the overall reduction rate constant, ML is the
depth of the mixed layer, and kpiston is the gas exchange
piston velocity. In Figure 10, the ratio of Hg0 to Hg(II) in
the mixed layer is assumed to be 0.5 everywhere, which is
undoubtedly an overestimate for most locations, but which
means that the ratio is likely larger in most places. As the
value is much larger than one under most conditions, this
implies that oxidation of Hg0 is a larger sink than evasion
and therefore the steady-state concentration of Hg0 is set by
redox cycling more or less independently of the strength of
evasion. As evasion is driven in part by the dissolved Hg0

concentration, this in turn implies that evasion rates are driven
by the balance between oxidation and dark reduction, and not
gross reduction rates. Figure 10 suggests that the speeds of redox
and evasion approach each other at high latitudes allowing

evasion to remove more of the Hg0 after it is produced and
before it can be oxidized. Under these conditions, it is possible
for the speed of gross reduction to be more influential on
evasion rates. As reduction rates are their highest in warm water
with a shallow mixed layer, we should expect high latitudes in
the summer hemispheres to exhibit relatively large net fluxes
of Hg0 and possibly see diel cycling if mixed layer depths
are shallow.

Modeling Caveats
One potential weakness of this modeling approach is the
oversimplified view of the ocean mixed layer. A truly well-mixed
surface layer is one with uniformly short residence times at all
depths and is required in our model to justify our mathematical
arguments described above. However, Franks (2014) pointed out
that while a layer of uniform properties like temperature and
salinity might be identified from data, this is an imperfect proxy
for a surface turbulent layer in which the residence time at
any one depth is truly short. Franks summarized several forces
that can contribute to turbulence and true mixing, and found
that only two, convection and Langmuir circulation, are capable
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TABLE 3 | Model result summary.

Regiona % of Ocean

Area

Temp.

Range (◦C)

Total

DISRb (m d−1)

Dark DISR

(m d−1)

Light DISR

(m d−1)

Piston Velocity

(m d−1)

High latitudes (Summer) 13 −1.9 to 5.4 2.7 ± 0.5 1.4 ± 0.5 0.7 ± 0.5 5.1 ± 1.4

High latitudes (Winter) 13 −1.8 to 3.2 3.6 ± 0.4 3.0 ± 0.8 0 ± 0 11 ± 3

Temperate latitudes (Summer) 37 1.8 to 22.5 5.6 ± 1.4 2.1 ± 0.7 2.7 ± 0.7 4.3 ± 2.2

Temperate latitudes (Winter) 37 1.2 to 20.5 6.5 ± 2.1 6.1 ± 1.7 0.3 ± 0.3 8.3 ± 2.4

Tropics 50 19.2 to 28.5 12 ± 2 8.4 ± 2.3 3.0 ± 1.0 2.5 ± 0.5

Global average (Annual) 100 13.0 ± 11.2 8 ± 4 5 ± 3 1.7 ± 1.4 5.5 ± 3.9

aHere, we take “high latitudes” to be those above 60◦, “temperate latitudes” to be those between 30 and 60◦, and the “tropics” to be between 30◦ north and south.
bDISR, depth-integrated specific reduction rate.

FIGURE 10 | Comparison of the zonal-averaged depth-integrated Hg specific

reduction rate (in units of meters per second) and piston velocity (k value in the

gas-exchange model, also in units of meters per second).

of providing turbulence and mixing deeper than a few meters.
While these two forces can act at any time and result in relatively
rapid mixing, they tend to occur discontinuously and are more
important in the evening, in cooler seasons, and under strong
and steady winds. Thus, our use of the mixed layer climatology
of de Boyer Montegut et al. could overestimate the depth of
turbulent mixing on any given day, and may even have some diel
and seasonal bias as well. This could be tested by looking for any
temporal trends in the various high resolution surface Hg0 data
sets that are becoming more common (Andersson et al., 2011;
Soerensen et al., 2014; Mason et al., 2017; DiMento et al., 2019).
Some observers using more conventional datasets have already
reported seeing diel trends. For example, Tseng and colleagues
reported trends in the South China Sea, as did Fantozzi et al.
in the Mediterranean and DiMento et al. in the Arctic (Fantozzi
et al., 2009; Tseng et al., 2013; DiMento et al., 2019). But as we
noted in our own data (see Figure 4), this is far from universal.
Therefore, we suggest that when the depth of real mixing, as
opposed to the conventional definition we’ve used here, is deeper
than the “critical depth” for Hg reduction (the depth at which

integrated dark reduction equals integrated light reduction and
analogous to the concept in primary production; Franks, 2014),
dark reduction will dominate Hg0 production and observers
will see little evidence of diel cycling. This would imply that
those cases where diel cycles have been observed were therefore
situations where the depth of real mixing was shallower than the
critical depth.

A second important caveat to this model is that we have
assumed a temperature dependence to dark Hg reduction on the
basis that the production of reducing equivalents in the dark
almost certainly has to be biological in nature. Assuming this is
true, then all the various factors that affect dark biological Hg
reduction should also be included. One of the most important
is likely to be primary production within the photic zone, as this
is the source of fixed carbon to bacteria that may be reducing Hg.
However, we have not attempted to include primary production
as a variable in our model because we simply lack information on
how this might affect Hg reduction. Our prediction is that greater
bacterial production should increase Hg reduction, though our
range of studies did not seem to bear this out. Assuming it
is true, however, then dark Hg reduction might be expected
to have a spatial trend similar to that of phytoplankton-driven
Hg reduction. If this were true, then it would suggest that
our model currently overestimates Hg reduction in the winter
hemisphere at mid-latitudes, where production is relatively low
but temperatures are warm. We do not believe this will change
the overall conclusion that dark reduction dominates in most
places, but this is clearly an important topic for further research.

Implications
The combination of measurement and modeling presented here
argues that dark reduction, rather than light-driven reduction, is
responsible for most of the Hg0 produced in and evaded from the
global surface ocean. As this reduction produces concentrations
of Hg0 that are dramatically out of equilibrium, they must
be actively supported by a ready supply of reducing agents
that are likely of biological origin. This implies that factors
affecting the activity of marine heterotrophs within the mixed
layer can subsequently affect the production and evasion of Hg0

from the ocean. Such factors include temperature and primary
productivity, both of which are likely to change in the future and
in ways that are hard to predict. For example, warming should
stimulate heterotrophic activity and could enhance primary
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productivity (e.g., Behrenfeld, 2011), both of which should
enhance Hg evasion according to our results. But warming would
also result in a shoaling of the mixed layer and restriction of
new production, both of which should decrease the importance
of dark biological reduction. More study of the temperature and
biological sensitivies of Hg redox are needed to make predictions
regarding the future of the marine Hg cycle.
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The downward flux of sinking particles is a prominent Hg removal and redistribution

process in the ocean; however, it is not well-constrained. Using data from three U.S.

GEOTRACES cruises including the Pacific, Atlantic, and Arctic Oceans, we examined

the mercury partitioning coefficient, Kd, in the water column. The data suggest that the

Kd varies widely over three ocean basins. We also investigated the effect of particle

concentration and composition on Kd by comparing the concentration of small-sized

(1–51µm) suspended particulate mass (SPM) as well as its compositional fractions in

six different phases to the partitioning coefficient. We observed an inverse relationship

between Kd and suspended particulate mass, as has been observed for other metals

and known as the “particle concentration effect,” that explains much of the variation in

Kd. Particulate organic matter (POM) and calcium carbonate (CaCO3) dominated the Hg

partitioning in all three ocean basins while Fe and Mn could make a difference in some

places where their concentrations are elevated, such as in hydrothermal plumes. Finally,

our estimated Hg residence time has a strong negative correlation with average log bulk

Kd, indicating that Kd has significant effect on Hg residence time.

Keywords: partitioning, GEOTRACES, particle concentration, particle composition, marine particles, mercury

INTRODUCTION

Removal of trace elements by particle scavenging has a first-order control on their concentrations
in the ocean (Anderson, 2014). This is true for mercury (Hg) as well: particle scavenging represents
the ultimate sink for Hg from the ocean over centuries, and it is eventually back to the deep mineral
reservoir on the timescales of glacial cycle (e.g., Amos et al., 2013). At present, the global burial
flux for Hg in ocean sediments is not very well-constrained but likely lies between the value of
1.2 µg m−2 y−1 in open ocean conditions and 1,200 µg m−2 y−1 in hyper-accumulating regions
like the Antarctic margin (Soerensen et al., 2016; Zaferani et al., 2018). Models have suggested that
the global burial flux falls between 1.7 and 7 µg m−2 y−1 (e.g., Outridge et al., 2018; Tesán Onrubia
et al., 2020). Given the current oceanic inventory of Hg, these burial fluxes suggest a residence time
of Hg of about 520 years (Outridge et al., 2018).
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Mercury likely finds its way from solution onto suspended
and sinking particles via processes that John and colleagues
have called “regenerative scavenging” (John and Conway, 2014;
Lamborg et al., 2016). This mechanism is unlike that exhibited by
trace elements such as thorium, for which reversible partitioning
appears to occur and results in steady-state particle-/aqueous-
phase ratios that are dependent on the composition of the
particulate phase (Bacon and Anderson, 1982; Chase et al.,
2002; Hayes et al., 2015). In regenerative scavenging, some
irreversible process such as biological uptake in surface waters is
responsible for the movement of an element from the solution-
to the particle-phase initially, and the return reaction is only
accomplished when the particles themselves are altered or
destroyed, forcing the trace elements (and macro-material) back
into solution followed by re-association with the altered particles.
A combination of non-reversible and reversible processes broadly
describes the nature of all “hybrid-type” elements and thus
we should expect that their distribution in and removal from
the ocean to be controlled by regenerative scavenging. To best
understand and describe such cycling, we would benefit from
a study of the kinetics of sorption, desorption, uptake, and
remineralization as has been done for thorium (e.g., Lerner
et al., 2018). However, unlike for thorium, sources of Hg
are not well-known making a mass balance inverse approach
more difficult, and we are therefore forced to rely on some
proxy information to guide our understanding. The empirical
distribution coefficient (Kd) is one such proxy and has been used
extensively in modeling studies for a variety of elements (e.g.,
Honeyman and Santschi, 1989). However, in the case of Hg it
has been noted that the value of Kd remains poorly constrained
(Zhang et al., 2014). We recently examined the magnitude and
variability of Kd of Hg in the Atlantic Ocean using data generated
from the U.S. GEOTRACES and found that Kd values were
substantially higher than had been assumed in the past and that
the particle phase with the strongest apparent affinity for Hg
was manganese oxide (MnO2), followed by iron oxyhydroxide
[Fe(OH)3], particulate organic matter (POM), calcium carbonate
(CaCO3), and lithogenic particles in decreasing order (Lamborg
et al., 2016). However, as the oxide phases represented only
a small fraction of total particulate mass (0.8% for iron and
0.1% for manganese), their apparent contribution to overall Hg
sorption (if indeed Hg is to be found in marine particles as
a result of sorption) was modest. Instead, POM was the most
important phase with its sorption fraction at 36%, CaCO3 next
at 30%, and lithogenic phase at 29%. These findings supported
the generally held hypothesis that POM is highly influential in
determining the phase distribution of Hg in the environment
(Fitzgerald and Lamborg, 2014). However, it also suggested
that the influence of POM is not exclusive and perhaps not
even responsible for the majority of Hg partitioned to the
particle phase. In this manuscript, we extended the Lamborg
et al. (2016) Atlantic examination to two additional basins
including the eastern tropical South Pacific Ocean and the
Western Arctic Ocean. We also subject the datasets to additional
statistical analyses in search of a predictive model of Hg phase
partitioning. The analysis here makes use of total dissolved and
particulate Hg but could be performed on monomethylmercury

as well. The contributions of monomethylmercury to total
dissolved and particulate Hg are relatively small and so were
not removed prior to our calculations. Therefore, the Kd values
derived using total Hg values are close approximations for the
Hg(II) form.

METHODS

Data Used
All datasets used here are from U.S. GEOTRACES cruises,
including the East Pacific zonal transect (nickname EPZT;
GEOTRACES transect number GP16, cruise identifier TN303),
the North Atlantic zonal transect (NAZT, GA03; KN199-04
and KN204-1), and the Western Arctic (GN01; HLY1502).
We used data from 58 stations in total with 22 in the
Pacific, 17 in the Atlantic and 19 stations in the Arctic
Ocean (Figure 1). All data used were from the BCO-DMO
data repository.

The Hg data have all been published previously, with the
dissolved and particulate total mercury data from Agather
et al. (2019) (GN01) and Bowman et al. (2015, 2016) (GA03
& GP16). The published particle mass and composition data
are from Lam et al. (2015, 2018), Xiang and Lam (2020).
Due to lack of access to large-size-fraction (>51µm; LSF)
samples for Hg analysis, we only used small-size-fraction (1–
51µm; SSF) particle composition and particulate Hg data
in our mercury partition coefficient analysis. Note that the
original collected data are linked with “flags” indicating the
data quality, in order to have convincing results, we made sure
that all parameters we used were identified as either “good”
(Quality Flag = 2) or “possibly good” (QF = 3) quality at the
same depth.

Partition Coefficient (Kd) Analysis
Here, the partition coefficient (Kd) is defined as the apparent
affinity of mercury for marine particles. This concept was
inspired from studies of Bacon et al. (1976) and Baskaran and
Santschi (1993). Kd is calculated as:

Kd =
Cp

Cd
×

1

SPM
(1)

where Cp and Cd represent the concentration of Hg in particulate
and dissolved phases, respectively, and SPM is the suspended
particulate mass (kg L−1). This results in Kd having units of
volume per mass, conventionally as L kg−1. Here Cd represents
the concentration passing a 0.2-µm filter and therefore includes
both dissolved and colloidal Hg. Particle sampling depths
at each station were not exactly the same as the dissolved
phase, thus, to calculate partition coefficients, we estimated
concentrations of the dissolved phase by linear interpolation
(using the MATLAB routine “interp1”) to the depths of particle
phase samples.

In order to better understand how bulk partition coefficients
relate to particle composition, a six-end member mixing model
was applied, which is similar to the one developed by Hayes
et al. (2015) for thorium isotopes. The contribution of each major
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FIGURE 1 | (A) Full map of the three GEOTRACES cruises including GP16, GA03, and GN01; (B) Zoomed in map of GN01. Purple dots represent the location of the

sampling stations referred to in the text.

particle phase to the measured bulk Kd is represented by the
following formula:

Kd =

6
∑

1

(Kd)i · fi = (Kd)1 · f1 + (Kd)2 · f2 + (Kd)3 · f3

+ (Kd)4 · f4 + (Kd)5 · f5 + (Kd)6 · f6 (2)

where Kd is the observed bulk partition coefficient, (Kd)i
is the apparent partition coefficient for pure phase i, fi is
the fraction of certain particle phase i over particulate mass,
and I = 1(POM), 2(CaCO3), 3(Opal), 4(lithogenic), 5(MnO2),
6(Fe(OH)3). The (Kd)i, which we and Hayes call the intrinsic
Kd, was calculated using non-negative least-squares regression
(“lsqnonneg”) in MATLAB for individual basin datasets, as well
as some sub-basin datasets:
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(3)

To estimate the standard error of the derived intrinsic Kd values,
we used the jackknife re-sampling technique suggested by Hayes
et al. (2015) and Efron and Stein (1981).

Principal Component Analysis of Bulk Kd

and Particle Composition
We performed PCA on the partition coefficient and particle
composition data to see if a few principal components (PCs),
or linear combinations of the original variables, could explain a
large proportion of the total variance in dataset being considered.
Therefore, PCA was conducted on the following seven variables:
bulk log Kd, fPOM, fCaCO3, fopal, flithogenic, fMnO2, fFe(OH)3, in
order to analyze the relationship between bulk Kd and particle
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composition fraction among three different ocean basins. Since
the units and magnitude of the 7 variables are different, prior
to PCA the sample data were mean-centered and normalized by
standard deviation (“zscore” function in MATLAB). The PCA
itself was performed using the MATLAB function “pca”. In
addition, we constructed biplots of loadings and scores associated
with PC’s 1 and 2 to visualize the results, which interprets
the correlation for each of the original variables as well as the
direction of increasing values.

Principal Component Analysis of Residual
Kd and Particle Composition
We did linear regression to model the relationship between
SPM and bulk Kd. The residuals Kd data were calculated as
the vertical distance in the Y-axis between each data point and
the fitted line and represent the portion of Kd not explained
by SPM. Following the same data processing strategy as in
section Principal Component Analysis of bulk Kd and particle
composition, we performed PCA on the residuals and particle
composition data to examine whether this would better reveal a
particle composition effect.

RESULTS AND DISCUSSION

In this section, we present our data results and employ a model
to demonstrate the particle concentration and composition effect
on Hg partitioning. In addition to discussion on some special
features of Kd, we extended the study of Kd on Hg residence time
at the end.

Dissolved and Particulate Hg Profiles
The mean and median concentrations of dissolved and
particulate total mercury for the three ocean basins were
calculated in the surface (above 100m), as well as every 500m
depth in the deep water (below 100m; Figure 2). Overall, the
concentration of dissolved Hg in the Arctic was the highest
(around 1.1 pM) at the surface, as a result of riverine input,
atmospheric deposition and ice melt (e.g., Fitzgerald et al., 2005;
Agather et al., 2019), and decreased to ∼0.5 pM at depth. In
contrast, the dissolved Hg in the Pacific and Atlantic Ocean was
distributed in a more nutrient-like way, characterized by a slight
increasing trend with depth. Note that there was a maximum
at 3,500m in the Atlantic is due to the influence of the TAG
hydrothermal vent where total dissolved Hg increased to 13 pM.

The particulate Hg started with the highest concentration at
the surface in all basins, attenuating quickly below the photic
zone and reaching the minimum at about 1,000m. In the Pacific
Ocean, a strong hydrothermal plume led to abnormally high
concentrations of particulate Hg in deep water (between 2,500
and 3,500m), accompanied by high variability as well. Similarly,
the SPM concentration in the three ocean basins attenuated
with depth. At the surface, the mean SPM concentration in
the Arctic was around 6 times greater than that in the Pacific
and Atlantic, resulting from the extremely high SPM over the
continental shelf (Xiang and Lam, 2018). The median surface
SPM concentration in the Arctic was the lowest of the three
basins, however, reflecting the very oligotrophic Canadian Basin

in theWestern Arctic Ocean (Xiang and Lam, 2020). Amaximum
occurred in the deep ocean of the Atlantic due to the influence of
strong bottom nepheloid layers in the Deep Western Boundary
Current (Lam et al., 2015).

Bulk Partition Coefficient (Kd) for the Three
Ocean Basins
Bulk partition coefficient values varied widely over the whole
dataset, ranging in order from 104 to 108 L kg−1 (Figure 3). In the
Pacific, the bulk partition coefficients were extremely high, with
an average order of magnitude of 107 (range: 5.05 × 105-1.63 ×
108 L kg−1; log Kd = 5.70–8.21). The bulk Kd values from the
Atlantic, in contrast, were lowest and ranged from 2.60 × 105 to
6.73 × 107 L kg−1 (log Kd = 5.41–7.83). Compared to these two
ocean basins, the Kd value from the Arctic Ocean were modestly
lower and ranged from 9.70 × 104 to 6.99 × 107 L kg−1 with an
average on the order of 106. Summary Kd statistics are presented
in Supplementary Table 1. As previously noted by Lamborg
et al. (2016), these Kd values are substantially higher than those
previously reported for freshwaters, sediment porewaters over
continental shelves (∼104 L kg−1) (e.g., Hammerschmidt and
Fitzgerald, 2004) and coastal waters (105-106 L kg−1) (e.g.,
Balcom et al., 2008).

Intrinsic Kd
End-member coefficients, or intrinsic Kd, were calculated for
each of the six particle phases in the SSF in all three cruises,
including POM, CaCO3, opal, lithogenic, Mn oxides, and Fe
oxyhydroxides. The value of intrinsic Kd and composition
fractions are summarized in Table 1. Overall, the intrinsic Kd

values varied between ocean basins. One commonality, however,
was that the intrinsic Kd for opal could not be defined using this
method in any of the three ocean basins. The intrinsic Kd for
POM, CaCO3, and lithogenic phases could always be estimated,
but had different values. As for Fe and Mn, the contribution to
sorption of Hg could be evident when their concentrations were
high, typically observed in hydrothermal vents. Otherwise, their
influence on Hg partitioning was negligible.

If there is really is such a thing as an “intrinsic Kd” that
expresses the stickiness of Hg to a measured particle phase,
the calculated values should be homogeneous everywhere in the
ocean. However, an examination of our results suggests that this
might not be true. We applied the Z-test based on intrinsic
Kd values and their standard deviations (Table 1), setting the
confidence interval to 95%, to test whether the intrinsic Kd

values for each particle phase were significantly different between
basins. Generally speaking, intrinsic Kd between ocean basins
were similar for some phases but significantly different for others.
For instance, intrinsic Kd values of POM in three ocean basins
were significantly different (P < 0.05). In contrast, the values for
CaCO3 of three ocean basins were statistically indistinguishable
(P > 0.05). This suggests that the precise composition of POM
with respect to its ability to scavenge Hg varies between ocean
basins but that CaCO3 does not (or varies less). Since the
three cruises were sampled in different seasons and different
environments, the dominant plankton were likely not the same
in the three ocean basins, and the components of collected POM
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FIGURE 2 | (A–C) are average vertical profiles of dissolved and particulate Hg (pM) as well as suspended particulate matter (SPM) (µg/L) from three US GEOTRACES

cruises; while (D–F) are median vertical profiles of dissolved and particulate Hg (pM) as well as suspended particulate matter (SPM) (µg/L), and the shade is 25 to 75

percentiles for the median plots.

presumably varied with different plankton. The intrinsic Kd of
the lithogenic phase in the Arctic Ocean was different from those
in the Pacific and Atlantic Oceans. This is perhaps not surprising,
since “lithogenic particles” is a category that represents a diverse
range of aluminosilicate minerals, which might be expected to
have different sorption characteristics for Hg (e.g., Biscaye, 1965;
Darby, 1975). Interestingly, intrinsic Kd values of Mn had no
significant difference (P > 0.05) in the Pacific and Arctic Ocean,
while intrinsic Kd values of Fe were significantly different (P <

0.05) between the Pacific and the Atlantic Ocean. The Fe intrinsic
Kd differences between basins implies a qualitative difference in
the Fe itself, but this remains to be explored.

PCA of Hg Partitioning and Particle
Composition
The PCA results are summarized in Table 2, which includes 7
variables (the bulk Kd value and the fraction of the six particle

fractions), loadings of the first three principal components (PC)
and their contribution in explaining the total variance. In the East
Pacific, the first three principal components explained 77.64% of
variation of the seven variables with 35.33% explained by PC1,

22.78% explained by PC2, and 19.53% explained by PC3. The
highest loadings for PC1 were the fractions of Fe and Mn, both
of which were positively correlated with bulk Kd, which could

result from the hydrothermal plume (Lam et al., 2018). For PC2,

the relative fractions of POM had strong positive loadings, while
fCaCO3, flitho, and fopal were negatively loaded, which means the
organic matter was anticorrelated with minerals. This negative
correlation reflects the variation in depth: decreasing POM and
increasing lithogenic particles with depth (Lam et al., 2018).
The fractions of CaCO3 and opal were strongly anticorrelated
in PC3 (Table 2, Figure 4), which might reflect the variation of
region: higher opal in the coastal region, abundant CaCO3 in
the open ocean (Lam et al., 2018). In the Atlantic, 63.85% of
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FIGURE 3 | Section views of log Kd (L kg−1) values in (A) GP16, (B) GA03, and (C) GN01. The highest value on average was found in the Pacific, while the lowest on

average was found in the Atlantic. EPR represents East Pacific Rise; TAG represents Trans-Atlantic Geotraverse hydrothermal field located on Mid-Atlantic Ridge.

total variance was explained by the first three components with
30.56% explained by PC1, 17.64% explained by PC2, and 15.65%
explained by PC3. Based on our observations, in PC1, bulk Kd

and the fractions of POM were anticorrelated with fractions of
lithogenic particles and Mn, reflecting the depth variation of
POM and lithogenic particles (Lam et al., 2015). For PC2, the
fraction of CaCO3 was strongly correlated with bulk Kd, and
for PC3 the fractions of opal were anticorrelated with Fe and

Mn. Additionally, the first three principal components of the
Arctic dataset explained 77.92% of the total variance, where PC1
explained 39.15%, PC2 explained 35.61%, and PC3 explained
13.16%. The highest loadings of PC1 were observed from the
fractions of lithogenic particles and POM, which could be the
consequence of variations in depth and/or region (Xiang and
Lam, 2020), whereas PC2’s highest loadings were mainly from
bulk Kd, and the fractions of Mn, CaCO3 and opal. The fCaCO3
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TABLE 1 | The log intrinsic Ki
d (l kg−1) of Hg for six particle composition in the small size fraction (SSF) in the Pacific, Atlantic, and Arctic ocean, respectively, and their

relative standard deviation (r.s.d.) as well as particle composition mass contribution (f; %).

Pacific Atlantic Arctic

log Kd
i r.s.d. (%) fi (%) log Kd

i r.s.d. (%) fi (%) log Kd
i r.s.d. (%) fi (%)

POM 7.24 0.40 48 ± 23 6.67 0.64 42 ± 21 6.94 1.24 45 ± 23

CaCO3 7.02 0.56 33 ± 19 6.86 1.13 28 ± 11 8.23 15.56 2 ± 2

Opal n.a. n.a. 9 ± 8 n.a. n.a. 4 ± 3 n.a. n.a. 17 ± 13

Lithogenic 7.37 1.57 6 ± 12 6.29 5.04 25 ± 20 6.50 0.78 34 ± 27

Mn 7.25 27.45 0.4 ± 0.9 n.a. n.a. 0.1 ± 0.2 7.90 19.46 2 ± 2

Fe 8.20 2.08 3 ± 10 6.75 2.05 0.7 ± 5.0 n.a. n.a. 1 ± 1

n.a., not available yet.

TABLE 2 | The first three principal component loadings, percentage of variance

explained by each principal component, and their cumulative percentage of total

variance including bulk Kd and six particle compositions in the small size fraction

of particles.

Variables PC1 PC2 PC3

Pacific Bulk Kd 0.4079 0.2223 0.119

fPOM −0.4285 0.5769 −0.0387

fCaCO3 0.1283 −0.4739 0.6401

fOpal −0.0138 −0.276 −0.6346

fLitho 0.1558 −0.4298 −0.3948

fMn 0.5604 0.2188 −0.0613

fFe 0.5432 0.2906 −0.1107

% of variance 35.33 22.78 19.53

Cumulative % 35.33 58.11 77.64

Atlantic Bulk Kd 0.331 0.4279 0.2871

fPOM 0.6219 −0.3042 −0.1263

fCaCO3 −0.0499 0.8387 −0.1478

fOpal −0.225 0.0063 −0.4912

fLitho −0.6164 −0.1421 0.1033

fMn −0.2649 −0.0137 0.3205

fFe 0.0196 −0.0208 0.7247

% of variance 30.56 17.64 15.65

Cumulative % 30.56 48.2 63.85

Arctic Bulk Kd −0.0604 0.6125 −0.2405

fPOM −0.5367 0.09 −0.2946

fCaCO3 0.1441 0.4497 0.4808

fOpal −0.2857 −0.4226 0.5921

fLitho 0.5816 0.0533 −0.1112

fMn −0.167 0.4706 0.4886

fFe 0.4897 −0.1077 0.1501

% of variance 39.15 25.61 13.16

Cumulative % 39.15 64.76 77.92

and fMn were positively correlated with bulk Kd while fopal was
negatively correlated with bulk Kd. PC3’s highest loadings were
the fractions of Mn, CaCO3 and opal which were positively
correlated with each other.

From the biplots of scores and loadings (Figure 4), the Kd

loadings were strongest with PC1 in the Pacific, and PC2 in the
Atlantic and Arctic. As already noted above, PC1 in the Pacific
was most strongly associated with Fe and Mn oxides, implying
a significant influence of those phases on the overall value of
Kd. This is likely due to the influence of hydrothermal Fe- and
Mn-rich particles sorbing Hg from seawater. In the Atlantic and
Arctic, PC2 was also strongly loaded with CaCO3, and relatively
poorly loaded for POM, implying a major role of CaCO3 in Hg
sorption in those basins, but less of a role for POM.

Furthermore, the biplots loadings (Figure 4) for each ocean
basins suggested that the PC1 and PC2 could be driven by
different variables. The significant strong positive loadings in
PC1 for both Mn, Fe and bulk Kd in the Pacific imply that this
PC was related to some natural processes that affected bulk Kd

in a similar manner with Mn and Fe in the Pacific. Similarly,
PC2 has strong positive loadings for Mn and bulk Kd in the
Arctic also suggested these two variables behaves similarly and
closely correlated with each other, since the high absolute and
relative concentrations of manganese oxides were observed in the
Arctic halocline and deep water, leading to strong scavenging of
various elements (Xiang and Lam, 2020). However, there is no
significant correlation between fMnO2 and log Kd in the Atlantic,
suggesting that fMnO2 can’t be the only control on logKd globally.
Meanwhile, fMnO2 is very low in the Atlantic, possibly accounting
for its little influence in scavenging Hg.

Particle Concentration and Composition
Effects on Partition Coefficient
Particle Concentration Effect

We began our investigation of the potential drivers of Kd by
examining the effect of particle concentration on the partitioning
of Hg. The linear regression model in Figure 5 shows the
relationship between log SPM (µg L−1) and log bulk Kd (L
kg−1) for the three ocean basins. A significant inverse correlation
was observed in all basins, which is consistent with the findings
reported by Moran et al. (1996). Similar inverse relationships
were observed between log Kd of 210Pb and 210Po and SPM
in these transects (Tang et al., 2017; Bam et al., 2020). The
inverse relationship between Kd and SPM, also known as “the
particle concentration effect” (Honeyman et al., 1988), can be
explained by at least three mechanisms. The first one centers
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FIGURE 4 | Biplots of principal component (PC1 and PC2) for the (A) GP16, (B) GA03, and (C) GN01, respectively. The red lines represent loadings for each variable;

blue dots represent the scores for each observation.

around the effects of colloidal chemistry on metal distributions
within the particulate phase (e.g., Honeyman and Santschi,
1989; Benoit and Rozan, 1999; Bam et al., 2020). Assuming
Hg species sorb to colloids and as colloids are too small to
be collected by conventional filtration, GEOTRACES sampling
methods tend to count colloids as “dissolved” and thereby
result in a smaller Kd value for Hg than the ideal circumstance
when colloids are properly accounted for in the particle pool.
Furthermore, the proportion of colloids over the particulate
mass is generally thought to increase with SPM concentrations,
leading to a negative Kd vs. SPM slope (Moran et al., 1996).
Indeed, based on two observed relationships between colloidal
and SPM concentrations, Moran et al. (1996) modeled the
percent of colloidal Hg on the particle mass and found that it
tends to increase with SPM concentrations if SPM are <104

µg L−1. A second possibility is that particle mass is not a

good proxy for available particle surface sorption sites for Hg.
The material reported here as SPM at a specific location is
made up of many individual particles that vary in size, with
the number of small particles generally being much greater than
the number of large particles (e.g., Stemmann and Boss, 2012).
Particle size distributions vary between different samples, and
therefore each SPM sample has varying proportions of large
and small constituents. Samples in high productivity regions
with high SPM can also be expected to have a relatively high
proportion of large particles (e.g., diatom cells), while low SPM
samples are more prevalent in oligotrophic regions where cells
are mostly small (e.g., picoplankton). Thus, we might expect
that the smaller the SPM is, the more Hg scavenged by a given
particle mass as a consequence of larger surface area-to-volume
ratios for smaller particles. As area-to-volume ratios scale with
the inverse of particle size, one might predict that a bulk Kd
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FIGURE 5 | The linear regression between log bulk Kd (l kg−1) and particle concentration (log SPM in ug l−1) in the small size fraction for Pacific (blue line), Atlantic

(green line), and Arctic (yellow line) oceans. The slopes of linear regression for each ocean basins were −0.367, −0.423, −0.629, with statistics R-squared equals

0.2155, 0.2218, 0.5338, respectively. The slope of the Arctic was significantly different from the slopes of the Pacific and the Atlantic by applying Z-test, with statistics

P < 5%.

vs. SPM plot should resemble an inverse curve. However, no
discernible trend between the total SPM concentration (Total
SPM = SSF SPM + LSF SPM) and fSSF, the mass fraction
of small particles over total particles (fSSF = SSF SPM/Total
SPM) during the same cruises, was evident (Figure 6). The fSSF
is an analog to the slope of the particle mass-size spectrum
(Xiang et al., 2020) or the number-size spectrum (e.g., Cael and
White, 2020), a higher fSSF implies more abundance of small
particles. Hence, it is likely that the particle size did not change
with SPM concentrations in particles. Therefore, the “particle-
size hypothesis” appears unsupported by these datasets. A third
possibility for the apparent particle concentration effect is a
kinetic explanation. The ratio of the adsorption to desorption
rate constant, normalized by SPM, can be thought of, in some
circumstances, as a kinetic representation of Kd (Honeyman
et al., 1988). In a kinetic study of the adsorption and desorption of
thorium, both the adsorption and desorption rate constants were
found to increase with SPM, but at different rates, such that their
ratio normalized by SPM also decreased with SPM, much like the
classic particle concentration effect (Lerner et al., 2017). Although
this kinetic explanation for the apparent particle concentration
effect has so far only been observed for thorium, it is a potential
alternative to explain the particle concentration effect that does
not rely on colloids. This then leaves the influence of colloids,
and perhaps the kinetics of particle attachment and detachment,
as the possible explanations for the Kd vs. SPM trends observed
in our data.

Particle Composition Effect

Additionally, we argue that variations in bulkKd also partly result
from the particle composition effect. The decreasing trend in bulk
Kd with SPM (Figure 5) clearly shows the influence of SPM, but
the variations around this trend are still worth being investigated.
We assumed this variation is from particle composition. Different

FIGURE 6 | Scatter plot between Total SPM concentrations (unit: µg/L) and

the fraction of SSF particles (fSSF) in all three cruises. The Total SPM is

calculated as SSF SPM+ LSF SPM, and the fSSF as SSF SPM/Total SPM.

statistical methods were employed to obtain the information
about the impact of particle composition on partition coefficient.

In some specific regions, the value of bulk Kd was
clearly driven by the SPM concentration. For example, high
concentrations of SPM in the deep water of the western Atlantic
(Lam et al., 2015) corresponded to low bulk Kd. Similarly, the
Arctic continental shelf also had abundant SPM (Xiang and Lam,
2020), coinciding with low bulkKd values. At the other end of the
SPM spectrum, high Kd values were found in Arctic mid-waters
where SPM was low. This was not universally true, however, as
demonstrated by much higher bulk Kd in relatively low SPM
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FIGURE 7 | The pie charts (A,C,E,G) described the mean and standard deviation of particle composition fraction of mass in the Pacific (GP16), Atlantic (GA03), Arctic

(GN01), and hydrothermal plume in EPZT; chart (B,D,F,H) described the mean proportion of each composition fraction multiplying their intrinsic Kd in four regions

above, respectively.
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water in the Canada Basin in the Western Arctic Ocean. We
take this to be evidence of another factor that influences the
bulk Kd, namely the particle composition effect. This effect is
described by the intrinsic Kd values in each basin and which
can be better understood by multiplying the mean compositional
fraction for each particle phase by the intrinsic Kd we calculated
(Figure 7). The corresponding value, when compared to those of
other phases, expresses the relative importance for each phase
in sorbing Hg from solution (if that kind of chemistry does in
fact occur). The resulting pie charts indicate that for these three
oceans, POM and CaCO3 dominate Hg partitioning. This trend
holds across all the basins despite there being large variations in
the abundance of CaCO3 as a result of compensatory changes
in the intrinsic Kd for that phase (Table 1). Moreover, the
contributions of lithogenic material to bulk Kd were also quite
similar in the three oceans, with percentages from 9 to 11%, while
the fraction of it was distinct everywhere.

It is worth noting that Fe contributions to bulk Kd were quite
variable and were high only in the Pacific, caused by relatively
high Fe fraction in particles released in a hydrothermal plume.
Similarly, the abundantMn observed in the Arctic also accounted
for a large part of the bulk Kd. Therefore, we can see that Mn and
Fe had strong adsorption affinities to Hg in some regions despite
their relatively low concentration level in particles. The strong
sorption affinity of Mn is apparently not only for Hg but also to
234Th, 231Pa, 210Po, and 210Pb (Hayes et al., 2015; Lerner et al.,
2018; Bam et al., 2020). As noted above and discussed below,
there was no resolvable intrinsic Kd value for opal and so it does
not appear in the pie charts of Figure 7. This implies that opal
plays a minor role in the partitioning of Hg into the particle
phase, at least in these three basins.

In Figure 5, bulk Kd data from the three oceans were
scattered around the regression lines with SPM. We examine the
hypothesis that the residuals to the SPM relationship, which are
the vertical distance between each data point and the regression
lines, might be explained by particle composition. Hence, we
applied PCA to see the relationship between residuals of log
Kd and particle phases. The PCA results are presented in
Supplementary Table 2. In the Pacific, the highest loadings for
PC1 were the fractions of Fe and Mn, which were positively
associated; for PC2, POM, CaCO3 and the residuals had the
highest loadings, where POM correlated positively with residuals
whereas CaCO3 correlated negatively with residuals. Information
from PC1 suggests that POM was also a crucial factor that led
to the variance of Kd in the Atlantic; CaCO3 had a positive
association with residuals in the Arctic from PC2.

Besides PCA, we applied the least squares regression
of particle composition fraction to the Kd residuals
of the SPM regression, which we called the “intrinsic
residual Kd” (K

∗

d
) (Table 3).
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TABLE 3 | The coefficients to the least squares regression of the residual K*
d (L

kg−1) of Hg for six particle composition fractions (Equation 4) in the small size

fraction (SSF) in the Pacific, Atlantic, and Arctic ocean, respectively.

Pacific Atlantic Arctic

K*
d K*

d K*
d

POM 2.21 2.12 3.11

CaCO3 −0.14 1.41 0.45

Opal −0.69 −3.58 −1.64

Lithogenic 2.00 0.52 0.40

Mn −10.97 4.39 −0.93

Fe 10.18 1.29 14.20

The statistical R squared for each ocean were 0.3972, 0.0625, 0.1288.

In general, the particle composition explained the 39.72% of
variance of residuals in the Pacific Ocean, 6.25% of variance
of residuals in the Atlantic Ocean and 12.88% of variance of
residuals in the Arctic Ocean. In the Pacific, Mn and Fe had a
strong correlation with residuals compared with other particle
phases. Mn could result in lower Kd while Fe contributed
to a higher Kd. CaCO3 and lithogenic particles have little
effect in driving bulk Kd to be lower than the regression line
(Figure 5), while POM has a positive feedback on bulk Kd. In
the Atlantic, POM, CaCO3, lithogenic phase and Fe lead to
positive residuals that makes bulk Kd higher above the fitting
line (Figure 5). Additionally, POM, lithogenic phase have strong
positive correlation with residuals in the Arctic, while Mn led to
smaller Kd values in the Arctic.

By adding R-squared values that are generated from the
linear regression model of SPM and Kd (Figure 5) to R-squared
values from least squares regression above, we could have a
general view of how much variation of partition coefficient
that can be demonstrated by both particle concentration
and composition effect. Overall, the SPM combined particle
composition explained the 61.27% of variance of Kd in the
Pacific, 28.43% of variance of Kd in the Atlantic, and 66.26%
of variance of Kd in the Arctic. However, these values were
possibly overestimated, since SPM and composition effect are not
completely independent in our model. Despite that residuals to
the SPM regression remove the effect of particle concentration
which represents a pure composition effect on Kd, the regression
of log Kd against SPM carries some particle composition effect
information which we don’t know how to eliminate so far.

Special Features: Hydrothermal Plume and
Coast
Part of the reason for the exceptionally high Kd values observed
from the EPZT cruise dataset was the presence of high Fe at
stations/depths associated with the continental shelf and East
Pacific Rise hydrothermal plume. Thus, we separated the EPZT
data into three subsets based on the dissolved Fe concentrations
reported by Resing et al. (2015), including a coastal margin
(stations 1–5), hydrothermal vents (stations 18, 20, 21, 25, 26,
where depth was between 2,200 and 3,000m) and open ocean
(the rest of stations and depths). The bulk Kd values for the
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coastal margin subset were lower than the average (between 5.05
× 105 to 7.84× 107 L kg−1; log Kd = 5.70–7.89), whereas higher
than average bulk Kd value were observed in hydrothermal vent
subset (from 1.26 × 107 to 1.63 × 108 L kg−1; log Kd = 7.10–
8.21). The bulk Kd value of the open ocean subset was between
1.92 × 106 and 8.85 × 107 L kg−1 (log Kd = 6.28–7.95). The
intrinsic Kd values in each subset are summarized in Table 4.
Interestingly, the pattern of intrinsic Kd values was very different
between these three regions, similarly resulted from what we
discussed in section Intrinsic Kd. In the coastal data subset, only
carbonate and lithogenic particle fractions were able to explain
bulkKd variability and in the hydrothermally influenced samples,
only the opal and Fe phases gave resolved intrinsic Kd values.
The remaining, open-ocean samples/sites appeared influenced
by a broader range of phases, including opal, but not for either
lithogenic or Fe phases.

The Lack of a Resolved Intrinsic Kd for
Opal
Zaferani et al. have recently documented uncommonly high
sediment accumulation fluxes of Hg that are also associated with
high opal fluxes along parts of the Antarcticmargin (e.g., Zaferani
et al., 2018; Zaferani and Biester, 2020). This is seemingly
inconsistent with our finding that there is little correlation
between the values of bulk Kd and fopal in overall datasets,
resulting in undefined values for the intrinsic Kd for Hg-opal,
and implying either that biogenic silica is a poor sorbent material
for Hg or that diatoms are not particularly effective at taking up
Hg. The first of these two possibilities are more likely as the high
Hg fluxes on the Antarctic margin could be due more to high
productivity, and therefore high abundance of particulate organic
matter, rather than the opal associated with that productivity.
Furthermore, diatoms appear to effectively bioaccumulate Hg
(Mason et al., 1996; Bełdowska et al., 2018). The lack of a resolved
Kd contribution from opal in the multivariate linear regression
is an expression of an apparent lack of co-variation between
Kd and fopal and is consistent with both the simple correlation
matrix view of the data as well as the PCA, both of which show
little co-variation of Hg Kd and fopal in the full datasets. One
important caveat to this discussion is that two of the Pacific
sub-datasets (open ocean and hydrothermal plume; Table 4), did
have resolved intrinsic Kd’s for opal, and the values were quite

high. This was especially surprising as these were locations in the
Pacific with the lowest fraction of particle mass as opal. With our
current datasets, this behavior is difficult to explain and is worthy
of further study.

Possible Biological Control on Kd in
Surface Waters
In surface water, we found higher bulk Kd values in the open
ocean compared to the continental margin (water depth< 200m;
Figure 3). This could be the result of the concentration effect
as margin water tends to be higher in SPM than open ocean
water. It could also be due to a difference in the mechanism by
which Hg becomes associated with particles. In deeper waters,
this should only be a consequence of sorption, while in surface
waters could also be from biological uptake. If this is true,
then variations in the value of bulk Kd might be determined
by an “uptake efficiency.” In coastal regions, even though the
biological activity is high, the uptake efficiency of Hg might
be limited by the size of microbes based on Michaelis-Menten
kinetics: more effective uptake occurs in the open ocean, where
small size microbes with high uptake rate survive. In order to
test this hypothesis, we examined the regression of log bulk Kd

against log SPM in both shallow water (above 100m) and deep
water (below 100m), separately, for three ocean basins. Then, we
compared regression slopes between shallow and deep water by
applying Z-test. Assuming that the particle concentration effect
controls the Kd in deep water, if microbes were to passively
adsorb Hg (like particle scavenging) in the surface, we would
expect to see no difference between slopes in the shallow and
deep water. In contrast, if microbes actively taking up Hg in the
surface is responsible for the higher open ocean surface Kd, we
might expect to observe a significantly different slope in shallow
water compared to deep water, because Kd was not controlled by
particle concentration effect.

The statistical results were summarized in
Supplementary Table 3. Through the comparison of slopes
of regression in shallow and deep seawater, we noticed that the
slopes between shallow and deep water were not significantly
different in the Atlantic and Arctic Ocean, suggesting the passive
adsorption might take over in the surface seawater, therefore,
we can deem that particle scavenging dominate the whole
Atlantic and Arctic Ocean. However, the slope analysis failed the

TABLE 4 | The log intrinsic K i
d (l kg−1) of Hg for six particle composition in the small size fraction (SSF) in coastal margin, hydrothermal plume, and open ocean of the

Pacific, respectively, and their relative standard deviation (r.s.d.) as well as particle composition mass contribution (f; %).

Coastal margin Hydrothermal plume Open ocean

Intrinsic log

Kd (l kg–1)

r.s.d. (%) Typical contribution

to particle mass (%)

Intrinsic log

Kd (l kg-1)

r.s.d. (%) Typical contribution

to particle mass (%)

Intrinsic log

Kd (l kg−1)

r.s.d. (%) Typical contribution

to particle mass (%)

POM n.a. n.a. 62 ± 19 n.a. n.a. 26 ± 8 7.27 0.46 50 ± 23

CaCO3 7.83 9.20 14 ± 8 n.a. n.a. 31 ± 15 6.56 0.68 37 ± 18

Opal n.a. n.a. 22 ± 10 7.07 7.65 11 ± 8 7.81 5.52 6 ± 4

lithogenic 7.62 7.17 12 ± 17 n.a. n.a. 3 ± 4 n.a. n.a. 5 ± 10

Mn n.a. n.a. 0.03 ± 0.07 n.a. n.a. 2 ± 2 8.86 1.24 0.2 ± 0.3

Fe n.a. n.a. 0.6 ± 0.4 8.25 7.75 26 ± 18 n.a. n.a. 1 ± 2
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Z-test in the Pacific, the result of statistical difference between
shallow and deep water is consistent with our hypothesis of
active biological uptake control in the surface. Despite this
observed difference, more evidence needs to be collected in
order to support the phenomenon in the Pacific, we cannot
assert the conclusion of surface domination of biological
uptake on Kd, since the special feature in Hydrothermal Plume
could also give rise to this difference between shallow and
deep water.

Model Evaluation: Observed vs. Predicted
To test the robustness of the six end-member model, we

substituted calculated values from Table 1 (intrinsic Kd) into

Equation 2 to obtain the predicted Kd values for each sample

(Tang et al., 2017). We then looked at the correlation between

observed and predicted Kd through linear regressions and

treating the ocean basins separately. The analysis of the
coefficient of determination (R2) revealed that 12% of total

variance was explained by the predicted vs. observed Kd

regression model in Pacific (without hydrothermal plume data),
while 14% of Atlantic Kd and 27% of Arctic Kd were explained
by the linear regression of predicted against observed Kd (PO
regression), respectively (P < 0.0001).

Furthermore, all the slopes were far from 1, the shape of linear
regression in Figure 8 suggested that this model overestimates
observed Kd at low value while underestimates at high value.
The y-intercepts from PO regression were different from 0.
Therefore, based on the analysis of R2, slope and y-intercept,
this model failed to describe the characteristic of variability
of observed Kd well. However, when we re-did the linear
regression on extracted data from hydrothermal vents in the
Pacific only (Figure 8D), the slope was 0.89 with R2 0.84. This
good agreement occurred because iron oxyhydroxides were a
significant fraction of particle mass (26%) and thus dominated
the adsorption (97%) in the whole hydrothermal plume area
(Figures 7G,H). This evaluation is informative, suggesting we
need to look for a new way to express the partition coefficient
in the future.

FIGURE 8 | The statistical results of the regression of observed (Obs) vs. predicted (Pre) Kd values in (A) the Pacific Ocean (GP16) without Hydrothermal Plume (HP),

(B) the Atlantic Ocean (GA03), (C) the Arctic Ocean (GN01), and (D) Hydrothermal plume in the EPZT. Bule solid line is linear regression fitted line, red dash line is a

reference line y = x.
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TABLE 5 | Summary of estimated Hg inventory (103 pM·m), Hg burial flux (pmole m−2 d−1) with asymmetric standard deviation, Hg residence time (year), as well as

averaged log Kd (log L Kg−1) in the Pacific, Atlantic, and Arctic Ocean, respectively.

Pacific Atlantic Arctic

Hg inventory (103 pM·m) 5.29 5.90 2.56

log Hg burial flux (log pmole m−2 d−1) 2.15 ± 0.43 1.56 ± 0.38 1.31 ± 0.18

Hg burial flux (pmole m−2 d−1) 142.73, +240.0116, −89.50 36.31, +14.48, −21.17 20.23, +10.26, −6.81

Residence time (year) 102 445 347

log Kd (log L Kg−1) 7.11 ± 0.38 6.52 ± 0.32 6.74 ± 0.53

The correlation between residence time and log Kd was strongly negative correlation coefficient t = −0.995, R2 = 0.991.

Implication of Hg Residence Time
To some extent, the Kd determines the downward Hg flux from
the surface ocean, and further influences the Hg burial flux to
marine sediments, which give us insights into the residence time
of Hg in the ocean.

Here, we calculated the Hg inventory in each ocean basin by
integrating the dissolved Hg with depth (Table 5). Due to a lack
of Hg burial flux on a global scale, we used information about the
particulate Hg flux into the deep ocean to estimate the burial flux.
The particulate Hg flux was derived based on the bulk particle
flux from the same cruises (Xiang et al., 2020). To convert to Hg
flux, we multiplied the particle flux by the concentration ratios
between particulate Hg and SPM for each sample. The underlying
assumptions are: (1) particulate Hg follows the particle size
distribution of bulk particles; (2) particulate Hg has the same
sinking velocity as bulk particles. We then estimated the mean
of the logarithmic transformed Hg sinking fluxes below 3,500m
in each ocean basin, and assumed the average sinking flux in the
deep ocean equal to burial flux. Overall, our estimates of the Hg
burial flux were an order of magnitude higher in the Pacific than
the Arctic and Atlantic Ocean (Table 5). In the Arctic Ocean, the
Hg burial flux (20.23, +10.26, −6.81 pmole m−2 d−1) was in a
similar range compared to Tesán Onrubia et al. (2020) (outer
shelf: 51 ± 35 pmole m−2 d−1; central Arctic Ocean: 11 ± 8
pmolem−2 d−1). Note that the uncertainty of burial flux were not
the same because they were transformed back from logarithmic
to their original scale. Additionally, the Hg burial fluxes in the
Atlantic and Arctic were in line with the globally averaged Hg
fluxed from deep ocean to sediments reported by Outridge et al.
(2018), which was 0.60 kt/y.

On the basis of estimated Hg inventory and burial fluxes, Hg
residence times in three ocean basins were calculated (Table 5).
A strong negative correlation between log bulk Kd and residence
time was observed in our analysis, suggesting that Kd could have
a significant impact on Hg residence time. Given the higher bulk
Kd observed in the Pacific, our estimates of the Hg residence
time in the Pacific are the shortest among all oceans, ∼102
years, lower than previous studies (∼350 yrs, e.g., Gill and
Fitzgerald, 1988). The residence time of Hg is the longest in the
Atlantic. It should be noted that, however, our Stokes’ law-based
method might overestimate the Hg burial fluxes compared to
conventional but limited sediment trap-based observations (e.g.,
Munson et al., 2015), which could lead to shorter residence time.
Futuremodeling and field observation efforts are needed to better
constrain the Hg burial flux and thereby Hg residence time on a
global scale.

CONCLUSION

In general, we investigated into the Hg partition coefficient (Kd)
in the water column across the Pacific, Atlantic and Arctic
Ocean, and analyzed the impact of particle concentration and
composition on variation of Kd. The higher Kd were observed in
the Pacific, while modestly lower and lowest Kd were observed
in the Arctic and Atlantic Ocean, respectively. The log bulk
Kd of Hg was inversely correlated with log SPM concentration,
known as “particle concentration effect.” The analysis of intrinsic
Kd across three ocean basins indicated that affinity of Hg to
particle composition is not constant everywhere, and its variation
depends on regions and phase concentration. Fe and Mn oxides
have highly strong affinity to Hg in the water column despite their
low relative abundance in particles, which could be dominant
phases in some special regions like the hydrothermal plume,
POM and CaCO3 were important drivers of Kd as well. Further,
the end member mixing model has limited ability to describe the
observed Kd for the entire ocean possibly as a result of changing
water chemistry and mineralogy of particles. Overall, the SPM
combined particle composition explained the 28–66% of variance
of Kd over three ocean basins. The strong negative correlation
between Hg residence time and average log bulk Kd implied
that varying Kd might determine the timescale of marine Hg
cycling indirectly.
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Monomethylmercury (CH3Hg) is a neurotoxic pollutant that biomagnifies in aquatic food
webs. In sediments, the production of CH3Hg depends on the bacterial activity of mercury
(Hg) methylating bacteria and the amount of bioavailable inorganic divalent mercury (HgII).
Biotic and abiotic reduction of HgII to elemental mercury (Hg0) may limit the pool of HgII

available for methylation in sediments, and thus the amount of CH3Hg produced.
Knowledge about the transformation of HgII is therefore primordial to the
understanding of the production of toxic and bioaccumulative CH3Hg. Here, we
examined the reduction of HgII by sulfidic minerals (FeS(s) and CdS(s)) in the presence
of dissolved iron and dissolved organic matter (DOM) using low, environmentally relevant
concentrations of Hg and ratio of HgII:FeS(s). Our results show that the reduction of HgII by
Mackinawite (FeS(s)) was lower (<15% of the HgII was reduced after 24 h) than when HgII

was reacted with DOM or dissolved iron. We did not observe any formation of Hg0 when
HgII was reacted with CdS(s) (experiments done under both acidic and basic conditions for
up to four days). While reactions in solution were favorable under the experimental
conditions, Hg was rapidly removed from solution by co-precipitation. Thermodynamic
calculations suggest that in the presence of FeS(s), reduction of the precipitated HgII is
surface catalyzed and likely involves S−II as the electron donor. The lack of reaction with
CdS may be due to its stronger M-S bond relative to FeS, and the lower concentrations of
sulfide in solution. We conclude that the reaction of Hg with FeS(s) proceeds via a different
mechanism from that of Hg with DOM or dissolved iron, and that it is not a major
environmental pathway for the formation of Hg0 in anoxic environments.

Keywords: mercury, reduction, iron sulfide, cadmium sulfide, dissolved organic matter

INTRODUCTION

Mercury (Hg) is considered as a global and high-priority pollutant (Clarkson and Magos, 2006;
Mergler et al., 2007). While it is released as elemental or divalent Hg (Hg0 and HgII) from natural and
anthropogenic sources (Driscoll et al., 2013), the main concern lies with the accumulation of Hg as
monomethylmercury (CH3Hg) in aquatic food webs (Eagles-Smith et al., 2018; Sunderland et al.,
2018). Production of CH3Hg in aquatic systems from HgII is facilitated by microorganisms carrying
the Hg-methylation genes (HgcA and HgcB-genes) primarily in anoxic environments, such as in
sediments, soils or on resuspended particles (Parks et al., 2013; Podar et al., 2015). The production of
CH3Hg is controlled by the composition of the bacterial community, bacterial activity and the
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availability of HgII for bacterial uptake (Benoit et al., 2003;
Fitzgerald et al., 2007; Compeau and Bartha, 1985; Gilmour
et al., 1992). In environments where Hg methylation rates are
typically high, the amount of HgII available to Hg methylating
bacteria is controlled by competition between adsorption of Hg to
the solid phase, the chemical speciation in the dissolved phase as
well as removal processes, such as reduction of HgII to volatile
elemental Hg (Hg0).

Under anoxic conditions, Hg can be reduced to Hg0 via biotic
and abiotic processes (Spangler et al., 1973; Steffan et al., 1988).
Abiotic processes include photoreduction (Garcia et al., 2005;
O’Driscoll et al., 2006; Whalin et al., 2007), which is likely limited
in anoxic environments, and chemical reduction of HgII in the
presence of organic matter (Baohua et al., 2011; Zheng et al., 2012;
Chakraborty et al., 2015; Jiang et al., 2015) or mineral-associated
ferrous iron (Charlet et al., 2002; Jeong et al., 2010; Remy et al.,
2015; Richard et al., 2016; O’Loughlin et al., 2003). For the latter
pathway, several iron-containing minerals have been suggested to
reduce Hg, including hydrous ferric oxide (Richard et al., 2016),
siderite (Ha et al., 2017) and clay (Peretyazhko et al., 2006a).
Recently, reduction of Hg on iron sulfide mineral surfaces was
also suggested (Bone et al., 2014), although the mechanism was
not completely determined. In anoxic environments, the
competition between inorganic sulfide phases and organic
matter likely control the bioavailability of Hg as both complex
Hg strongly and likely influence important reactions such as HgII

reduction (Skyllberg and Drott, 2010).
The affinity of HgII for mineral surfaces, especially sulfide

containing minerals, has been well documented (Jeong et al.,
2008; Jeong et al., 2010; Skyllberg and Drott, 2010). Studies
examining the sorption to mackinawite showed that Hg can
replace iron in the mineral, forming black meta-cinnabar
(β-HgS(s)) and red cinnabar (α-HgS(s))-like structures, and this
was the primary reaction. Both the sorption and co-precipitation
of Hg with FeS(s) has been shown to influence its methylation by
bacteria (Rivera et al., 2019). Whether HgII can also be reduced on
interaction with iron sulfide minerals remains less clear but has
been speculated to occur in anoxic contaminated sediments (Han
et al., 2020).

Most researchers who also investigated the reaction between
HgII and FeS(s), did not detect Hg0 (Liu et al., 2008; Jeong et al.,
2010; Skyllberg and Drott, 2010). However, cinnabar and Hg0

were formed when HgII interacted with pyrite and troilite (Bower
et al., 2008). Only one work so far has reported the reduction of
mercury by FeS(s) (Bone et al., 2014). This work suggested that
Hg0 was generated from the reduction of HgII-S-II species in the
presence of FeS(s), but that adsorption of Hg to the solid was not
necessary for the reaction, suggesting a reaction involving Hg
complexes in solution. Thermodynamically, whether the reaction
occurs in solution or at the mineral surface is likely controlled by
solution chemistry and the Hg concentration. The relative
importance also likely depends on the fractionation of Hg
between the dissolved and solid phases, which depends on its
concentration, pH and sulfide concentration (Supporting
Information (SI), Supplementary Tables S1, S2). Combining
the precipitation reaction with that of a major dissolved Hg

species in solution under sulfidic conditions results in the
overall reaction shown below for Hg co-precipitation:

Hg(SH)2 � HgS(s) +H++HS− LogK � −0.9
where the solid is either from solution saturation or from co-
precipitation:

FeS(s)+Hg(SH)2 � HgS(s)+Fe2++2HS− LogK � −4.4
One important difference in the studies to date, as noted by Bone
et al. (2014), is the difference in the HgII:FeS(s) ratio. In many
studies this is higher than the molar ratio found in the
environment, which ranges from 3 × 10−3 to ∼10−7 for
regionally contaminated and uncontaminated locations. The
studies of Bone et al. used a range from 0.4 to 20 × 10−3,
which is at the high end of the environmental range, but
lower than the ratios of Jeong et al. (2010), for example,
(>10−2). We therefore proposed to do our follow-up studies at
more environmentally-relevant concentrations to further
investigate how this ratio may influence the experimental results.

In contrast to the differences in reaction mechanisms in the
presence of FeS(s), reactions of HgII with reduced sulfur have been
documented in several studies showing the reduction of Hg by
sulfite (Van Loon et al., 2001; Feinberg et al., 2015). According to
other previous work, FeII also plays an important role in the
reduction of HgII to Hg0 by reduced iron species including
magnetite, green rust, haematite and siderite (Ona-Nguema
et al., 2002; Peretyazhko et al., 2006b; Wiatrowski et al., 2009;
Ha et al., 2017). Given the reactions noted above, and the
literature, whether Hg reduction would occur in solution or
on the solid surface will depend on the environmental
conditions. As noted, most prior studies have been done at
high concentrations given the analytical tools used to evaluate
the interactions, and this study was therefore designed to examine
Hg interactions at low Hg concentrations, and to examine if there
was the potential for Hg reduction in such environments. Further,
the study was aimed at probing the potential reaction pathways
for formation of Hg0 in such systems. The potential reactions
include reactions of dissolved or solid-phase Hg with reduced
species (Fe(II), S(-II) or other reduced S species). As always, in
such systems the interactions are complex as there is the potential
for abiotic transformations of Fe and S (e.g., Fe3+ being reduced
by HS−).

Besides interactions with inorganic solids, Hg speciation in
natural systems is strongly influenced by dissolved organic matter
(DOM) (Ravichandran, 2004; Slowey, 2010; Gerbig et al., 2011b;
Muresan et al., 2011; Jeremiason et al., 2015). Studies have shown
the importance of DOM, not just as a group of Hg-binding
ligands, but also due to its impact on HgII–S-II(aq) reactions and on
the stability of HgS(s) (Ravichandran et al., 1998; Waples et al.,
2005; Deonarine and Hsu-Kim, 2009; Skyllberg and Drott, 2010;
Gerbig et al., 2011a). Indeed, it has been reported that HgS(s)
nanoparticle dissolution is mediated by DOM (Slowey, 2010). In
addition, research indicating the potential for DOM to reduce
HgII was shown by a positive correlation between dissolved
organic carbon (DOC) concentration and Hg0 production
(Rocha et al., 2003; Park et al., 2008). These results are
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however contradicted by other studies which found a negative
correlation between DOC concentration and Hg0 production
(Amyot et al., 1997; Garcia et al., 2005; O’Driscoll et al., 2006;
Mauclair et al., 2008), which was explained by the influence of
complexation on Hg reduction. Some studies have demonstrated
that under anoxic dark conditions, DOM can rapidly convert HgII

to Hg0 at very low DOM concentrations (up to ∼70% at 0.2 mg/L)
(Baohua et al., 2011; Zheng et al., 2012). However, according to
others, there is no Hg reduction by DOM in dark environments
(Matthiessen, 1998). Photo-reduction is considered the main
abiotic process responsible for the conversion of HgII to Hg0

in natural systems, and studies show that this reduction process is
enhanced by the presence of DOM (Allard and Arsenie, 1991;
Costa and Liss, 2000). However, DOM could also reduce Hg
reduction by altering light penetration. It is unlikely that
photochemical processes are important in most anoxic
environments.

To further understand the potential for Hg reduction in the
presence of mineral surfaces, and to examine the potential
reduction pathways, we investigated the production of Hg0

from HgII in the presence of two sulfidic minerals, FeS(s) and
CdS(s), under anoxic and dark conditions. We hypothesized that
under the experimental conditions, Hg would be co-precipitated
onto the solid surface and that the Hg reduction reaction will
involve a surface interaction. To explore the role of surfaces and
S−II or FeII as electron donors for the HgII reduction, Hg0

production rates at different pH values and HgII: FeS(s) ratios
were examined, and contrasted to reactions of HgII with dissolved
FeII. Additionally, reactions with CdS(s) were examined as this
could help interpret the reaction mechanisms. While FeS(s) and
pyrite (FeS2) are ubiquitous minerals in environmental settings,
the presence of CdS(s) is also likely given its low solubility (Stumm
and Morgan, 1996). These results were compared and discussed
along with the thermodynamic aspects of the potential reduction
pathways. In addition, the effect of DOM on the efficiency of any
metal sulfide reactive barriers was examined by looking at the
reduction of HgII by sulfidic minerals (FeS(s) and CdS(s)) in
presence of dissolved organic matter (DOM).

MATERIALS AND METHODS

Preparation of Materials
All solutions used in the experiments were prepared under an
inert atmosphere using a glovebox (N2 atmosphere) and using
MQ-water (Ω < 18.2) degassed by purging boiling water with N2

for 20 min and as it cooled to room temperature. Sulfide minerals
(FeS(s) and CdS(s)) were synthesized and characterized as
described elsewhere (Jonsson et al., 2016). Briefly, disordered
FeS(s) was synthesized by adding 100 ml of 0.6 M Na2S to 100 ml
of 0.6 M Mohr’s salt ((NH4)2Fe(II)(SO4)2·6H2O); and CdS(s) by
adding 25 ml of 0.6 M Na2S to 25 ml of 0.6 M Cd(NO3)2·4H2O.

The minerals were characterized using X-ray Diffraction
Crystallography (XRD) and Brunauer–Emmett–Teller (BET)
measurements (Jonsson et al., 2016). XRD studies were
conducted by Rigaku UltimaIV diffractometer with Cu Kα
radiation (λ � 1.5418 Å) operating at a beam voltage of 40 kV

and beam current of 45 mA. The patterns were acquired at a scan
rate of 2°min−1, from 0 to 80 degrees in the 2θ range. BET surface-
area measurements were performed using nitrogen sorption
experiments conducted on a Quantochrome Nova 2000e
instrument. All the samples were degassed for 5 h before
analysis. Specific surface area was calculated using the
adsorption isotherm within 0.05 < P/P0 < 0.3 range, where
P/P0 is the relative pressure.

The Hg(aq) working standard was prepared from a 1,000 ppm
Hg(aq) stock solution (Merck, Allemagne, 1,000 mgL−1 Hg in
1.00 M HNO3) and then adjusted using 2–8 M KOH(aq) to
obtain the desired pH. Mercury working solutions were
prepared daily for each experiment. The ferrous iron solution
was prepared by dissolving Mohr’s salt in MQ-water. The DOM
isolates used were extracted from surface waters collected at the
shelf break of the North Atlantic Ocean and on the western side of
Long Island Sound (United States) (Mazrui et al., 2018). The
extraction procedure involved passing 0.2 µm filtered seawater
through a modified benzene styrene polymer cartridge (Bond
Elut) at a rate of <4 ml/min (Dittmar et al., 2008). The cartridge
was then rinsed with dilute HCl, dried and the adsorbed DOM
eluted with methanol and acetone. DOM dissolved in organic
solvent was dried at 40°C using a Nitrogen evaporator (N-EVAP
111). Stock solutions of DOM were prepared by dissolving
approximately 0.1 g of the DOM in 100 ml of degassed
purified water. The solutions were then filtered through a
0.02 µm PTFE syringe filter, adjusted to pH 7–8, using dilute
HCl/KOH and stored in the dark in airtight containers at 4°C
until use.

Mercury Reduction Experiments and
Analysis of Hg0

The reduction of HgII in the presence of FeS(s), CdS(s), Fe
II
(aq) or

DOM was tested by adding HgII(aq) to slurries of FeS(s) or CdS(s) or
solutions of FeII(aq) or DOM in acid cleaned glass vials (total
volume of 10 ml). The samples were then incubated in the glove
box under anoxic and dark conditions (foil-wrapped sealed
serum bottles) to prevent photochemical reactions. Each
experimental set was done in triplicate (n � 3) at room
temperature. At the end of each experiment, vials were
removed from the glove box and produced Hg0(g) collected
onto Goldtrap™(Supelco) traps. For the collection, two tubes
were inserted through the septum of the vial. One tube was used
to purge the headspace of the vial with Argon (Ar) at a rate of
200 ml/min for 20 min, while the other collected the purged
gasses onto a gold trap. Collected Hg0(g) was then analyzed
using a Cold Vapor Atomic Fluorescence Spectrophotometer
(CVAFS) (Tekran, model 2,500) after thermal desorption of
the Hg0 from the gold-traps. A calibration curve was prepared
by analyzing 10–200 µL of air saturated with Hg0(g) from a vial
containing Hg0(g) at a known temperature.

Based on the BET determined surface area (Jonsson et al.,
2016), concentrations of FeS(s) and CdS(s) in the experiments were
adjusted to have a concentration, reported as surface area to
volume of solution ratio, of 1, 5, and 30 m2L−1. This is equivalent
to 0.02, 0.09, and 0.54 g L−1 for FeS(s) and 0.01, 0.07, and 0.41 g L−1
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for CdS(s), respectively. Samples containing FeS(s) or CdS(s) and
50 pM HgII were equilibrated for 24 h under dark conditions at
pH 5–8 for the initial experiments. The production of purgeable
Hg0 was measured after 24 h in the mixtures and control
solutions consisting of degassed MQ water and 50 pM HgII.
In a similar manner, reduction of HgII by DOM or FeII was
tested by incubating 10 ml of experimental solutions containing
5.0 mg C/L of DOM (24 h and pH 7–8) or 1 mM FeII (0–4.5 h
and pH 5 and 7.5) and 50 pM of HgII. Experiments were also
performed over time at a pH of 7–8 in the presence of FeS(s) at
different HgII:FeS(s) ratios to examine the impact on the
reaction rate.

Analysis of Dissolved Fe(II)
After the incubation period, experimental solutions containing
FeS(s) slurries were filtered through a 0.02 µm PTFE syringe filter
and prepared for FeII analysis inside the glove box. Samples for
FeII analysis were removed from the glove box and immediately
analyzed for the concentration of aqueous FeII using the ferrozine
method (Vollier et al., 2000). Briefly, ferrozine (monosodium salt
hydrate of 3-(2-pyridyl)-5, 6-diphenyl-1, 2, 4-triazine-p,p′-
disulfonic acid) was reacted with dissolved iron to form a
stable magenta complex which absorbs in the visible region at
562 nm. A PharmaSpec UV-1700 UV−Vis spectrometer
(Shimadzu) was then used to detect the complex before and
after a reduction step with hydroxylamine.

Thermodynamic Calculations and Rate
Calculations
The potential reactions that could occur were examined using
calculations of the respective equilibrium constants and the free
energy (ΔG) of the reaction under the experimental conditions.
The concentration of dissolved Fe (Fe(II)T) and sulfide (S(-II)T),
and the individual species (principally Fe2+ and FeS0, with the
potential for FeOH+, FeCl+, and FeSO4

0 being present at higher
pH and anion concentrations) was calculated using the solubility
model for FeS(s) of Rickard (2006) which considers that the Fe(II)
concentration is determined by a solubility reaction and an
equilibrium reaction:

FeS(s)+2H+ � Fe2+ +H2S logK � 3.5

FeS(s) � FeS0 LogK � −5.7
where FeS0 represents a series of (FeS)x cluster compounds that
form in the presence of FeS(s). The Hg speciation and interaction
with FeS(s) was modeled using constants from Skyllberg and
Drott (2010), Stumm and Morgan (1996). Equilibrium constants
for the redox reactions were from Stumm and Morgan (1996).
The results of the thermodynamic calculations are detailed in
Supplementary Tables S1, S2; Tables 1–3. Supplementary
Table S1 details the solubility of FeS(s) across the pH range
used in the experiments, Supplementary Table S2 contains a
listing of the examined reactions while Table 1 details the
concentrations used in the calculations at pH 7. The calculated
free energies of the various reactions are contained in Tables 2, 3.
The concentrations of Hg0 were those measured in the

experiments and it was assumed that the total concentration
of oxidized forms (sulfate and Fe(III)) were low, (respectively,
0.1 µM and 1 nM) given that these were primarily produced by
reduction of HgII, or were present as trace constituents in the
experimental solution. Their dissolved speciation was taken into
account in the calculations.

The rates of reaction were calculated using the Hg0 data and
with an assumption of a pseudo first order reaction as the
concentration of Hg0 (<50 pM) is at least five orders of
magnitude higher than the concentrations of FeII, S−II in
solution or in the solid phase. Additionally, under the
experimental conditions, <1% of the solid is dissolved at
equilibrium. Therefore, the assumption of a pseudo first order
is valid.

RESULTS

To test the reduction of HgII in the presence of FeS(s), we initially
quantified the amount of purgeable Hg0 from pH controlled
slurries containing 0.09 g/L FeS(s) (corresponding to a surface
area concentration of 5 m2L−1) and 50 pM HgII that were
incubated under anaerobic and dark conditions. In control
samples where no FeS(s) was added (pH ranging from 5 to 8)
less than 2% of the initially added HgII was lost as Hg0 after 24 h
of incubation (Figure 1). In FeS(s) mineral suspension, however,
∼12–∼15% of the total HgII was reduced, and the amount of Hg0

produced increased with pH. Overall, the amount of Hg0

produced doubled at pH 8 compared to that at pH 5, and
this difference was statistically significant, although the
differences in the production rate at the higher pH values
were not. Overall, the effect of pH was greater at lower pH.
However, the production of Hg0 (<15% of the initial HgII)
remained very low compared to the levels observed during the
interaction of HgII-ferric oxide or HgII DOM experiments
(Zheng et al., 2012; Ha et al., 2017), or in the presence of
Fe(II) alone in our studies, as discussed further below.

To further explore reaction kinetics, net reduction of HgII was
tested as a function of reaction time (1 h–3 days) and mineral
surface area concentration (1–30 m2L−1) at a pH of 7–8. At all
tested mineral surface area concentrations, the reduction rate of
HgII was rapid within the first hour (>1 pmolL−1h−1), and most
Hg0 was produced within the first hour of the experiment
(Figure 2). The initial average rates of production are
compiled in Table 4 assuming the reaction was first order,
and while the initial rates appeared to increase with surface
area, these differences were not statistically significant as rates
were respectively, 0.78 ± 0.50, 0.92 ± 0.07 and 1.09 ± 0.16 h−1. The
concentration of Hg0 formed then gradually increased at a slower
rate (<0.2 pmolL−1h−1) to reach a maximum after 48 h. At this
equilibration point, the production of Hg0 was slow relative to
that in the first hour, and accumulated Hg0 concentrations
reached a plateau concentration. After the first hour, the rates
of reduction were an order of magnitude lower (Table 4) and the
rates appeared more related to the relative FeS(s) surface area,
increasing with the amount of FeS(s) present. At FeS(s) surface
concentration of 1, 5 and 30 m2L−1 of FeS(s) suspensions,
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respectively, ∼12, ∼15 and ∼17% of the HgII was reduced over the
course of 24 h.

While the formation of Hg0 increased with surface area, the
relationship was not linear. Several studies on the reduction of
HgII in the presence of iron oxide minerals have shown that the
minimum equilibration time necessary for the production of Hg0

was 24 h (Wiatrowski et al., 2009; Ha et al., 2017), and our results
also suggest that the system is approaching steady state over a
similar time period, even though our studies were done at much
lower ratios of HgII:FeS(s). The initial high rate of reduction
followed by slower formation of Hg0 suggests that competing
reactions are occurring. Initially there would be high
concentrations of dissolved Hg in solution but given the
experimental conditions, the dissolved Hg would rapidly
decrease due to co-precipitation of HgS(s) on the FeS(s)
surface, or through surface complexation, as discussed below.

The reduction of HgII by cadmium sulfide (CdS(s)) was
investigated at a CdS(s) concentration corresponding to a

surface area concentration of 5 m2L−1 and HgII concentration
of 50 pM. During the entire duration of the experiment (up to
4 days), measurements indicated that less than 2% of the total Hg
was reduced with CdS(s) (Figure 3). The fraction of HgII reduced
to Hg0 was thus similar to the reduction observed in controls,
suggesting that the presence of CdS(s) did not significantly
enhance Hg reduction.

To examine the impact of DOM on the reduction of Hg,
aqueous solutions of HgII were reacted with two different DOM
extracts, obtained from waters collected at the shelf break of the
North Atlantic Ocean (DOM1) and from western Long Island
Sound (DOM2) (Mazrui et al., 2018). The two DOM were
characterized by determining their optical properties
(Supplementary Table S3). The Specific Ultraviolet
Absorption (SUVA254), calculated as absorption at 254 nm
divided by the DOC concentration, is a measure of the
aromaticity of the DOM. The absorption ratio (ratio of
absorbance at 250–365 nm), on the other hand, is a measure

TABLE 1 |Concentrations used to determine the free energy of reactions (Tables 2, 3) at pH 7. Values for individual forms of Hg, Fe and S are calculated using the equations
in Supplementary Table S2. The HgT and Hg0 concentrations are based on the added andmeasured Hg concentrations. The total sulfide and Fe(II) concentrations are
based on the solubility data of (Rickard, 2006) for FeS(s) (Supplementary Table S1). A total Fe(III) concentration of 1 nM and a sulfate concentration of 0.1 µM is assumed.
For Cd, the concentration is derived from the solubility product reaction.

Chemical species Calculated/measured conc. (M) Chemical species Calculated/measured conc. (M)

pH 7 Fe(OH)2
+ 7.5 × 10−10

Total sulfide 9.5 × 10−6 Initial HgT 5 × 10−11

HS- 9.5 × 10−6 Hg0 5 × 10−12

Fe(II)T 1.1 × 10−5 Hg2+ 1 × 10−39

Fe2+ 7.5 × 10−6 Hg(SH)2 1.4 × 10−11

Fe(III)T 10–9 Cd2+ 2.1 × 10−11

Fe3+ 1.5 × 10−17 Total sulfate 10–7

TABLE 2 | Calculated free energies of the various potential reactions discussed in the text based on the concentrations in Table 1, and writing the reactions in terms of the
major dissolved forms of the metals and sulfide at pH 7. All solids are assumed to have an activity of 1. The redox calculations are done assuming the presence of
5 pM Hg0.

Reaction Log K Log Q ΔG (kJ/mol) React. #

FeS(s) + Hg(SH)2 � HgS(s) + Fe2+ + 2SH- −4.4 −6.59 −4.72 1
CdS(s) + Hg(SH)2 + H2O � HgS(s) + CdOHS− + H+ + SH− −19.2 −18.5 3.74 2
Hg(SH)2 + 2Fe2+ + 2H2O � Hg0 + 2Fe(OH)2

+ + 4H+ + 2SH- −55.4 −67.9 −71.3 3
HgS(s) + 2Fe2+ + 4H2O � Hg0 +2Fe(OH)2

+ + 3H+ + HS− −54.5 −45.8 49.8 4
HgS(s) + H2O � Hg0 + ¼SO4

2- + ¼H+ + ¾HS− −24.4 −25.9 −3.4 5
Hg(SH)2 + H2O � Hg0 + ¼SO4

2- + 2¼H+ + 1¾HS− −25.3 −27.5 −17.9 6
HgS(s) � Hg0 + S0(s) −12.5 −11.3 6.84 7
Fe(OH)2

+ + 1/8HS− + 7/8H+ � 1/8SO4
2- + Fe2+ + 1½H2O 15.1 10.0 −28.8 8

TABLE 3 | Calculated free energies for the reactions involving Hg co-precipitation and Hg(II) reduction at the different pH values of the experiments.

Reaction pH = 5 6 7 8

FeS(s) + Hg(SH)2 � HgS(s) + Fe2+ + 2SH- 7.8 −0.4 −4.8 −7.4
Hg(SH)2 + 2Fe2+ + 2H2O � Hg0 + 2Fe(OH)2

+ + 4H+ + 2SH- −4.54 −39.67 −71.3 −106.7
HgS(s) + 2Fe2+ + 4H2O � Hg0 +2Fe(OH)2

+ + 3H+ + HS− 73.17 58.01 49.8 31.62
HgS(s) + H2O � Hg0 + ¼SO4

2- + ¼H+ + ¾HS− 13.46 3.67 −3.46 −12.16
Hg(SH)2 + H2O � Hg0 + ¼SO4

2- + 2¼H+ + 1¾HS− 10.93 −7.61 −17.88 −29.30
Fe(OH)2

+ + 1/8HS− + 7/8H+ � 1/8SO4
2- + Fe2+ + 1½H2O −32.48 −29.80 -29.25 −24.52
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of the molecular weight of the DOM. Since high molecular weight
DOM absorbs more strongly at longer wavelengths than low
molecular weight DOM, a lower absorption ratio indicates that
the DOM has a higher relative molecular weight. Here, we found

that DOM2 had a lower absorption ratio and a higher SUVA254

than DOM1. We also found that DOM1 had a proteinaceous
fluorescence signal (intense emission at a lower wavelength)
similar to tyrosine and tryptophan emissions while DOM2 had

FIGURE 1 | Percentage of Hg0 produced after 24 h in the presence (grey
bars) and absence (white bars) of FeSm at different pH. Reactions done under
dark and anoxic conditions with 50 pM HgII and FeS(s) at a surface area to
volume of solution ratio of 5 m2/L. Error bars show mean ± standard
deviation (n � 3).

FIGURE 2 | Kinetics of Hgll reduction by FeS(s). Experimental solutions
contained 50 pM HgII and FeS (s) at a concentration of 1, 5, and 30 m2/L
(surface area to volume of solution ratio). Reactions were performed at pH 7–8
under dark and anoxic conditions. Error bars represent mean ± standard
deviation (n � 3).

TABLE 4 | Calculated rates of reaction in the presence of different amounts of FeS(s) and over time at a pH of 7–8.

Surf. Area (m2/L) Rate (hr−1) Rate (x 10−2 hr−1) Rate (x 10−2 hr−1) Rate (x 10−2 hr−1)

0–1 h 1–24 h 24–48 h 1–48 h

1 0.78 1.3 −0.4 0.43
5 0.92 1.3 0.37 0.81
30 1.09 0.8 0.26 0.53

FIGURE 3 | Kinetics of the reaction of Hgll with CdS(s) and FeS(s).
Experimental solutions contained 50pM HgII and 5 m2/L CdS(s) or 5 m2/L
FeS(s) (given as surface area to volume of solution ratio). Reactions were
performed at pH 7–8 under dark and anoxic conditions. Error bars
represent the mean ± standard deviation (n � 3).

FIGURE 4 | Percent HgII converted to Hg0 after 24 h of reacting 50 pM
HgII, 5 mg C/L DOM and 5 m2L−1FeS(s) at pH 7–8 under dark and anoxic
conditions. Error bars represent mean ± standard deviation (n � 3).
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a humic-like fluorescence signal (Supplementary Figure S1),
which likely reflects differences in the amount of allochthonous
vs. autochthonous DOM sources. Thus, DOM2 had more humic
characteristics, i.e., of more allochthonous origin, hydrophobic
and aromatic, with a lower nitrogen content and a higher
phenolic and sulfur content than DOM1.

At pH 7–8, 17% of the added HgII in the DOM1 sample was
reduced to Hg0 after 24 h, whereas ∼12% was reduced by DOM2
(Figure 4), indicating a slower reaction rate of the latter. The
maximum reduction was obtained after 48 h, with ∼25% of the
HgII reduced by DOM1. This result is consistent with some
previous studies of HgII reduction by DOM in the absence of
light (Zheng et al., 2012; Chakraborty et al., 2015).

The reducing capacity of FeS(s) in the presence of the two
different DOM was further investigated to examine the impact of
both as thiols ligands can affect both the dissolved concentration
and the speciation of HgII (Figure 4). The total concentrations of
Hg0 produced decreased in the presence of FeS(s) for both DOM1
(55% decrease) and DOM2 (71% decrease). In contrast to
reduction of HgII at pH 7–8 within 24 h with DOM only,
added FeS(s) decreased Hg0 production. The produced Hg0

was lower however than in the presence of FeS(s) alone
(Figure 1), indicating that the presence of DOM hindered the
reduction when a solid surface was present, but enhancing the
reduction in its absence. This may suggest that at pH 7–8
the reaction likely involves Hg associated with the FeS(s) and
not dissolved Hg, but the influence of DOMmay also be due to its
binding to the FeS(s) surface, thereby reducing the extent of the
reaction.

Finally, to examine the role of dissolved vs. solid phase
reactions, Hg0 production was evaluated in the presence of
dissolved Fe(II) at two different pH values. The rate of
production was higher in these homogeneous solutions (e.g.,
1.32 h−1 for the first hr at pH 7) than in the presence of FeS(s)
(0.78–1.09 h−1; Table 1) although the dissolved Fe(II) used in
these experiments was higher than that found in equilibrium with
the solid.

DISCUSSION

Hg Reduction by FeS(s)
In most studies looking at the interactions of HgII and FeS(s), the
products obtained were the stable species β-HgS(s), and Hg0 was
not detected suggesting that the primary interaction was an
exchange reaction with the release of Fe2+ from FeS(s) with
concomitant β-HgS formation. This is essentially a cation
exchange reaction driven by the thermodynamic favorability of
precipitating HgS(s) (Jeong et al., 2008; Jeong et al., 2010;
Skyllberg and Drott, 2010):

FeS(s) + Hg(SH)2 � HgS(s) + 2HS− + Fe2+ log K � −4.4
The reaction is favorable under the experimental conditions
except at the lower pH (ΔG � −4.72 kJ/mol at pH 7 and
7.8 kJ/mol at pH 5; Table 3). Therefore, reduction of dissolved
Hg could only occur initially, before HgII is co-precipitated.

Bone et al. (2014), however, suggested that Hg0 was generated
from the reduction of HgII by FeS(s). They formulated a reduction
hypothesis starting from HgII adsorption to the mineral.
Nevertheless, they could not conclusively verify the role of the
reductant—S−II or FeII in HgII reduction, and overall, the role of
S−II or FeII as electron donors in HgII reduction appears to vary
according to the ratio of HgII:FeS(s). Similar to the Bone et al.
hypothesis, others (Hua and Deng, 2008; Hyun et al., 2012)
suggested that U(VI) reduction by mackinawite or amorphous
FeS(s) occurred following U(VI) adsorption onto the mineral
surface and simultaneous release of FeII. They proposed that
once sorbed to the mackinawite surface, either the surface U(VI)
is reduced by S−II at the FeII depleted mackinawite surface or the
dissolved U(VI) is reduced by dissolved HS− released by
congruent dissolution of mackinawite. Kirsch et al. (2008)
come to a similar conclusion for their studies of antimony.
However, in contrast to U(VI), Hg is known to have a high
affinity for reduced S even in substantially oxic environments
(Wolfenden et al., 2005). In our experiments, co-precipitation
reduces the dissolved Hg in solution and so while the reactions in
the dissolved phase with FeII or S−II may be favorable (Reactions 3
and 6 in Table 2), they are unlikely to be the only reactions
occurring over time. Indeed, the reactions were slower in the
presence of the FeS(s) suggesting that interaction of Hg with the
solid is occurring, as predicted by the thermodynamic
calculations at pH 7 and 8 (Tables 2, 3).

The reaction of HgII with the surface is pH dependent, as pH
affects both the dissolved speciation of HgII and sulfide, and the
surface charge on the mineral. The point of zero charge (PZC) for
mackinawite is around 7.5 (Wolthers et al., 2005) and so under
the experimental conditions the surface is either positively
charged or near neutral, and thus would not hinder the
interaction of the dissolved Hg complexes with the surface. At
the lower pH values, the uncharged Hg-sulfide complex
dominates in solution but becomes less important as the pH
increases. Overall, the noted pH effect on the reduction reaction is
likely not related to the impact of pH on the interaction of Hg
with the mineral surface. However, the precipitation of HgS(s)
becomes less favorable at low pH. The reactions on the surface
and in solution involving HgII reduction become more favorable
at higher pH, primarily due to the decreasing concentrations of
Fe(II) and HS− with increasing pH (Table 3). Furthermore, the
experimental pH effect is relatively small with the increase in Hg0

production increasing by less than a factor of 2 for a change in
[H+] of 103.

Most studies on the interactions between HgII and minerals
show that the production of Hg0 increases with the pH of the
solution (Wiatrowski et al., 2009; Bone et al., 2014; Ha et al.,
2017). The results reported by Andersson (1979) on the
interaction between HgII and Fe2O3.nH2O found that the
amount of reduced HgII increased with pH, from pH values of
6.2–8.5. The same result has been observed by Patterson et al.
(1997) with the interaction between chromium and FeS(s). Thus,
our results agree with these studies with the best rate of reduction
at pH 7–8. The influence of pH on the production of Hg0 in the
range 7–8 could be explained by the formation of the dissolved
species FeOH+ in these studies, which increases in relative
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concentration with pH, as shown by Amirbahman et al. (2013),
although this reaction is unlikely to be occurring in our
experiments (Table 3). Our results showed an increase in
reduction with increased mineral surface area, suggesting that
co-precipitated HgS(s) is likely involved in the reaction. Other
studies on heterogeneous reduction have demonstrated that the
formation of surface complexes is responsible for the enhanced
reaction rate (Liu et al., 2008; Pecher et al., 2002; Schwarzenbach
and Stone, 2003) and this adsorption depends on the pH (Kim
et al., 2004; Miretzky et al., 2005). We conclude that this explains
why the increase in pH promotes the reduction of HgII.

At the low concentrations of Hg used in our experiments
compared to the other studies mentioned above, the amount of
Fe2+ released into solution from the co-precipitation of Hg onto
the mineral surface is small compared to the Fe2+ in solution in
equilibrium with the solid phase. The following reactions
determine the dissolved Fe(II) and total S(-II) concentrations
in equilibrium with the solid (Stumm and Morgan, 1996;
Wolthers et al., 2005; Rickard, 2006; Supplementary Tables
S1, S2):

FeS(s) + H+ � Fe2+ +HS− log K � −2.23
FeS(s) � FeS0(aq) log K � −5.7
H2S � H+ + HS− log K � −7.1
Fe2+ + OH− � FeOH+ log K � 4.5

While FeOH+ is the dominant complex formed in solution in
the absence of sulfide, the principal form is the free ion. In the
presence of sulfide, FeS0 is also found where this represents a
series of cluster compounds with 1:1 stoichiometry (Rickard,
2006), and is present at a fixed concentration in equilibrium
with the solid. The total dissolved FeII concentration depends
on both the pH and the sulfide concentration (Supplementary
Table S1). At pH 5.5, FeOH+ is insignificant but increases to
about 10% of the total FeII at pH 8, according to the
thermodynamic calculations. The calculations, based on
Rickard (2006), predict a dissolved FeII concentration of
182 μM at pH 5 and 3.7 μM at pH 8. Our measurements
(Table 5) found slightly higher concentrations at higher pH
and less of a pH effect (e.g., 137 μM at pH 7–8 and 166 μM at
pH 5–6 for 5 m2/L FeS(s)), and also that the dissolved FeII

increased with the amount of FeS(s) added, suggesting that the
assumption of a pure solid (activity � 1) is likely not
completely valid for our studies, likely due to the
amorphous nature of the solid used. While we did not

measure sulfide concentrations, the predicted dissolved
concentration (total S−II(aq) ∼ FeII(aq)) is not high enough to
precipitate the majority of the dissolved Hg as HgS(s)
(Table 1), and much of the HgII is in solution initially as
Hg(SH)2, and its deprotonated forms (HgS2H

− and HgS2
2−)

(Skyllberg and Drott, 2010).

Reduction Mechanisms
The source of the electrons for the reduction of HgII is either from
a redox reaction on the surface involving the mineral
constituents, or a reaction with dissolved reduced ions, either
FeII or S−II. If sulfide was being oxidized during the reduction of
Hg, then one would predict this should have occurred in the
presence of the CdS(s), but no reduction was observed. The
equilibrium dissolved S−II and CdII concentrations in the
presence of the solid (K � −14.36 for CdS(s) + H+ � Cd2+ +
HS−) are lower, however, than in the presence of FeS(s), and thus
the reduction in the presence of CdS(s) would be less favorable
even if S−II was the reductant. Thermodynamic calculations
suggest the concentration of sulfide is at low nM levels in the
presence of CdS(s) and that the co-precipitation reaction of Hg
with the CdS(s) is not thermodynamically favorable (Table 2).
Thus, the lack of reaction in this case does not necessarily negate
the role of sulfide oxidation in Hg reduction.

TABLE 5 | Measured concentrations of Fell in iron sulfide suspensions.

Surface area Concentrations of Fe(II) in FeS suspensions (µM) in absence of mercury

(m2/L) pH = 7–8 pH = 5–6

1 25 ± 2 −
5 136.6 ± 5.5 165.8 ± 7
10 203 ± 15 198 ± 23
30 466 ± 14.3 540 ± 17

FIGURE 5 | Kinetics of HgII (50 pM) reduction by FeII (1 mM) at pH 5
(circle) and 7.5 (square).
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The other potential reductant is FeII for the reactions in the
presence of the FeS(s), as it is with the reactions in the presence of
dissolved FeII, and no surfaces (Figure 5). Thermodynamically
the reaction is favorable in solution (ΔG � −71.3 kJ/mol at pH 7)
under the experimental conditions (Tables 2, 3), even given the
low concentration of HgII relative to FeII and HS−, and with the
assumption that FeIII is low (Table 1):

Hg(SH)2 + 2Fe2+ + 2H2O � Hg0 + 2Fe(OH)2+ + 4H+ + 2HS−

Log K � 55.4

Thus, while Hg remains in solution, the reaction will proceed and
this likely accounts for the initial formation of Hg0 in the initial
time period, and could account for some of the trend seen with
pH. However, as the concentration of dissolved HgII decreases as
Hg is precipitated onto the FeS(s), this reaction will no longer
occur. The time series measurements were made at pH 7–8 where
co-precipitation is a favorable reaction, thereby decreasing the
dissolved concentration of Hg over time. The differences in the
rate of reaction in homogeneous solution (Figure 5) and in
the presence of FeS(s) (Figure 2) indicates that the majority of
the HgII is being co-precipitated or surface absorbed to the solid.

Another mechanism is therefore needed to account for the
Hg0 formation at later times. The reaction of co-precipitated
HgS(s) with Fe(II) is not favorable (Table 3) and therefore the
reaction that occurs with the precipitated Hg does not involve
Fe(II):

HgS(s) + 2Fe2+ + 4H2O � Hg0(aq) + 2Fe(OH)+2 + 3H+ + 2HS−

logK � −54.5
Overall, we conclude that FeII or FeOH+ is not the reductant in
our experiments after the Hg has co-precipitated onto the solid.
Thus, there is a difference in the mechanisms for the reduction of
HgII in the presence of FeS(s) and with dissolved FeII (Jeong et al.,
2010; Richard et al., 2016). Note, however, that at pH 5 the
precipitation reaction is not thermodynamically favorable and
therefore the reactions in solution dominate, with FeII being the
primary reductant (Table 3).

Alternatively, the reductant could be S−II, and the reason for
the low reaction in the presence of CdS(s) is probably because of
the low sulfide concentration in equilibrium with the solid. The
potential reaction is thermodynamically favorable, even under
the low concentrations of the experimental conditions, for both
the reactions in the water and that with the solid, except at the
lower pH levels (Table 3):

Hg(SH)2 + H2O � Hg0(aq)
+ 1 /

4 SO2−
4 + 1 3 /

4HS− + 2 1 /

4H+ logK � −25.3
and

HgS(s) +H2O � Hg0(aq)
+ 1 /

4 SO2−
4 + 3 /

4HS− + 1 /

4H+ logK � −24.4
The equations represent either oxidation of dissolved sulfide or of
the S−II associated with the HgS(s). Overall, again, these

calculations suggest that the reaction later in the experimental
time period does not involve dissolved reduced species and that
the reduction involves reactions within the solid, with the
electrons being provided from the oxidation of S−II by an
electron transfer reaction at the surface, followed by the
release of Hg0 into solution. Overall, these results suggest that
initially in the experiments, the dissolved Hg is being reduced by
either Fe(II) or HS−, but that later in the experiment the reaction
only involves reduced S. If FeII is being oxidized, the FeIII

produced would likely remain adsorbed on the solid, but it is
also likely that the Fe(III) would be reduced back to Fe(II) by the
sulfide in solution as this reaction is favorable under the
experimental conditions (ΔG � −28.8 kJ/mol at pH 7; Tables
2, 3). Thus, once the Hg is co-precipitated onto the FeS(s) surface,
whether the reaction involves initially S(−II) or Fe(II) is
somewhat academic as the final products will be the same
because of the reduction of any Fe(III) produced.

If the reaction involves sulfide oxidation, the fate would
depend on the degree of oxidation of S−II. It is likely that
some intermediate product, such as elemental sulfur (S0),
could result, rather than complete oxidation to sulfate. Indeed,
an electron exchange reaction between HgII and S−II could
potentially occur with the formation of Hg0 and elemental S.
Given the uncertainty in the equilibrium constants (Stumm and
Morgan, 1996; Skyllberg and Drott, 2010), and assuming pure
solids are formed, the reaction is near equilibrium at pM Hg0

concentrations (i.e., [Hg0] ∼ K; Table 2, Reaction #7):

HgS(s) � Hg0(aq) + S0(s)

logK � −12.5 andΔG � 6.84 kJ/mol at 5 pMHg0

As mentioned earlier, the lack of a reaction with CdS(s) is likely
because of the lack of precipitation of HgS(s) on the surface at the
low sulfide concentrations found in equilibrium with the solid
phase, and the low sulfide concentration in solution. This is
because of the stronger M-S bond in CdS(S) compared to FeS(S).

Furthermore, as noted above, the increase in the amount of
mineral surface of mackinawite (Figure 2) slightly influences the
quantities of Hg0 produced. With 30 m2L−1 of FeS(s), the
reduction reached a maximum of 11 pM of Hg0 after 24 h of
reaction, while this maximum was 6.9 pM for 1 m2L−1 of FeS(s).
These results indicate that a surface catalytic role of precipitated
HgS(s) on mackinawite is involved in the production of Hg0.
Wiatrowski et al. (2009) demonstrated that the kinetics of HgII

reduction by magnetite systematically varies as a function of
magnetite concentration. Amirbahman et al. (2013)’s study on
the kinetics of HgII reduction by FeII suggested that the mineral
phases are important factors affecting the rate of the mercury
reductive pathways, and O’Loughlin et al. (2020) showed that
there were differences in the reaction rates in the presence of FeII-
containing clays. However, Jeong et al. (2010) have shown that
the adsorption of HgII onto the surfaces of mackinawite only
occurs below a certain molar ratio of HgII and FeS(s), which
implies that the ratio of HgII:FeS(s) could also influence the
production of Hg0. This ratio in our study was 5–7 orders of
magnitude lower than that of Jeong et al. (2010).
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In summary, our study indicated that mercury reduction by
FeS(s) is kinetically slow and the production of Hg0 is small
compared to other potential reduction pathways in
environmental ecosystems, such as HgII reduction in the
presence of dissolved FeII or DOM, and also appears to
occur via a different mechanism. The experiments were
carried out with excess FeS(s) concentrations so the reaction
can therefore be described according to pseudo first order
kinetics. The overall reaction rate constants obtained are k �
67 × 10−3 h−1; 85 × 10−3 h−1; and 92 × 10−3 h−1, respectively, for
1, 5, and 30 m2/L of FeS(s). These values are similar in terms of
the link between reaction rate constant and mineral
concentration noted in some studies (Wiatrowski et al.,
2009; Amirbahman et al., 2013; Ha et al., 2017). However,
our experimental data show that the average net rate of HgII

reduction by FeS(s), assuming first order kinetics over the
experimental time period, is lower than HgII reduction by
humic substances (1.6–2.1 × 10−2 h−1; Chakraborty et al.,
2015), minerals such as clay (1.74 × 10−1 h−1) (Peretyazhko
et al., 2006a), hematite from phlogopite (6.60 × 10−1 h−1) or
magnetite (Wiatrowski et al., 2009). These results confirm that
the production rate of Hg0 is a function of the nature of the
mineral (i.e., oxide or sulfide), and likely the form of Hg
adsorbed or precipitated on the surface of the mineral.

Reaction With Dissolved Iron
Overall, under our experimental conditions, the
homogeneous Hg reduction in presence of aqueous FeII

without mineral surfaces was more favorable than the
experiments in presence of FeS(s) mineral (Figure 5), which
is consistent with the thermodynamic calculations (Table 3).
The initial reaction rate was 20–70% higher for the aqueous
FeII experiments. However, the concentration of FeII in the
homogeneous experiments was much higher than in the
mineral studies and this could potentially account for
the higher conversion rate to Hg0, although the rate should be
similar given that the initial HgII concentration was the same,
and the FeII concentrations in both cases is substantially
higher and not rate limiting Rather, the mechanisms are
likely different for the two situations. Although several
authors have shown the role of surface-catalysis by iron
minerals on the rate of mercury reduction, our data
(Figure 5) shows fast reduction of mercury in presence of
aqueous FeII. In contrast, Ha et al. (2017) indicated that
mercury reduction by aqueous ferrous iron in the absence
of a solid phase was kinetically slow. Pasakarnis et al. (2013),
Amirbahman et al. (2013) suggested that HgI sorbed onto the
mineral surface during the transformation of HgII to Hg0 and
acts as a surface-catalyst in this reaction. Peretyazhko et al.
(2006b) demonstrated that adsorption of FeII to the haematite
surface created very reactive sites for the reduction of HgII,
while in the absence of haematite particles, no production of
Hg0 occurred. The difference between this study and previous
studies mentioned above might be due to the low
concentration of FeII in the FeS(s) suspensions or more
likely because the reaction proceeds via a different
mechanism once the Hg is co-precipitated.

Effect of Dissolved Organic Matter
It is well known that dissolved organic matter (DOM) has a strong
interaction with mercury and other trace metals affecting their
speciation, mobility and toxicity (Buffle, 1988). Under abiotic
dark conditions in aquatic systems, DOM participates in the
conversion of HgII to Hg0 but also contributes to the strong
complexation of HgII (Ravichandran et al., 1998; Deonarine and
Hsu-Kim, 2009; Zheng and Hintelmann 2010; Zheng et al., 2012;
Han et al., 2007). This complexation is attributed to reduced sulfur
ligands (Waples et al., 2005; Merritt and Amirbahman, 2007).
Indeed, DOM is a mixture of molecular organic compounds with
a large number of hydrophilic functional groups: carboxylic
(COOH), phenolic and/or alcoholic (OH), carbonyl (C�O) and
amine groups (NH2). Reduced sulfur groups also exist in different
oxidation states (R-SH, R-S�S-R and R-SO3H). Chakraborty et al.
(2015) showed that the ratio of the–COOH/−OH groups and the
sulfur content in the humic substances reveal a strong competition
between complexation and reduction of HgII. They suggested that
several parameters such as pH, total sulfur content, the −COOH/
−OH ratio and salinity influenced the reduction of HgII in presence
of DOM. In our studies, the less humic DOM1 reduced Hg at a
higher rate than that withDOM2, and this is consistent with the data
of Chakraborty et al. (2015) who showed that the rate of reduction
was higher for humic material with less total S, or a higher ratio of
carboxylic to thiol groups. As discussed above and shown in
Supplementary Figure S1, DOM2 has more humic character
while DOM1 is more protein-like in terms of its fluorescence.

We observed that the HgII reduction by DOM was diminished
in presence of FeS(s), whatever the characteristics of the
experiment (Figure 4). Calculations of the speciation of
dissolved Hg in the presence of FeS(s) and DOM at the
concentrations used in the experiment, using the RSH:DOM
ratios determined by Seelen (2018) for comparable coastal
waters and the Hg(SR)2 binding constant from Skyllberg and
Drott (2010), suggest that a small fraction of the Hg—5–10%
depending on the DOM was organically complexed during the
experiments. This is consistent with the results that showed the
extent of reduction in the presence of FeS(s) and DOM was lower
than that of FeS(s) alone. Overall, we conclude that the presence of
DOM increases the barrier to Hg reduction by sulfide surfaces,
and likely also has a similar effect for other reductive surfaces.

Mishra et al. (2011) observed that the HgII reduction by
magnetite and green rust was severely diminished in the presence
of bacterial biomass, suggesting inhibition by surface sulfhydryl
groups. These experiments suggest that the conditions of the
experiment likely determine whether Hg is primarily bound to the
reduced S in DOM or the inorganic reduced sulfide in FeS(s), or is
removed by co-precipitation. Furthermore, in most of the studies on
the interaction between HgII and FeS(s), the products obtained were
the stable solids metacinnabar, cinnabar, and Hg associated with iron
sulfides (Jeong et al., 2008; Liu et al., 2008; Skyllberg and Drott, 2010)
suggesting FeII present in FeS(s) suspension acts as an electron donor
in the production of Hg0. However, in the presence of DOM and
FeS(s), this mechanism could be changed as DOM likely keeps the Hg
in solution and prevents its interaction with the solid phase, although
our calculations show that the extent of complexation was small.
However, depending on the pH, the DOM can also interact with the
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mineral surface and therefore hinder the co-precipitation of HgII and
any surface reactions. Dissolved organic matter is known to play a
dual role in HgS(s) formation and stabilization (Slowey, 2010; Gerbig
et al., 2011a), creating a competition between its complexation of Hg
andHg adsorption to the iron sulfide (Skyllberg andDrott, 2010) and,
influencing, through its complexation of dissolvedHg, the dissolution
of cinnabar (Ravichandran et al., 1998; Waples et al., 2005). We
conclude that our data showing that HgII reduction in presence of
both DOM and FeS(s) was less than found in the presence of either
DOMor FeS(s) only, is because of the competition between FeS(s) and
DOM for complexation and the extent of HgS formation (Skyllberg
and Drott, 2010). The HgII would be less available for reduction by
DOM, FeII or FeS(s) under these conditions. Zhu et al. (2013) have
shown that the strength of FeII as a reducing agent is affected by
DOM during the reduction of 2-nitrophenol (2-NP) in TiO2

suspensions. Overall, the HgII reduction in presence of DOM or
mineral phases involves complicated reaction pathways but the
presence of DOM increases the barrier to reduction.

Environmental Implications
Our study demonstrates that HgII can be reduced to Hg0 in the
presence of FeS(s) but the extent of reduction is slow compared to that
found with hydrous ferric oxide, with dissolved Fe(II) and in the
presence of DOM. The data presented herein show clearly that in the
presence of sulfide surfaces, HgII is less available for reduction.
However, our results also showed that there was no Hg0

production in presence of CdS(s) in contrast to FeS(s), suggesting
that the presence of a sulfide surface is not sufficient for this reaction to
occur (Figure 4). The concentration of sulfide in solution also plays a
role in controlling the extent of the reaction. Neither FeS(s) nor CdS(s)
enhanced HgII reduction compared to DOM or FeII. Based on
thermodynamic calculations (Tables 2, 3; Supplementary Table
S2), we suggest that S−II was the likely electron donor for
reduction of precipitated HgII in the presence of FeS(s), and its
higher concentration in the FeS(s) solutions compared to the CdS(s)
solutions accounts for the differences in theHg0 formation. At low pH
in the presence of FeS(S), precipitation of Hg

II is unlikely to occur and
in this instance, reactions in solution are likely controlling the rate of
reduction.We therefore suggest that while the Hg does not need to be
adsorbed to the surface for the reaction to proceed, this is the likely fate
of Hg in the presence of FeS solids under environmental conditions.

Extrapolating these findings to environmental conditions, we
suggest that chemical reduction of HgII is complex in anoxic
environments, such as sediment, with many potential reaction
pathways. This reaction is influenced by ferrous iron, minerals,
sulfide, DOM and interactions between the different compounds
and solid phases. However, we conclude that the presence of FeS(s) in
environmental sediments is not the major driver of the formation of
Hg0 in such systems as the reactions are slow once the Hg interacts
with the mineral surface. Other reduction pathways are much more
favorable with dissolved reductants (reduced Fe and S species).
Furthermore, this study shows the influence of DOM on the
reaction between Hg and FeS(s) and that its presence needs to be
considered because DOM affects mercury transformation and
mercury reactivity toward minerals, as shown by Skyllberg and
Drott (2010). The type of DOM also influences the rate of reaction,
as it does complexation.

Overall, processes that convert HgII to Hg0 under anoxic
conditions are important mitigators of the production and
bioaccumulation of CH3Hg as reduction potentially removes
ionic Hg from the system where it could otherwise be
methylated. More research at lower Hg concentrations is
needed to further understand the primary reactions that are
occurring and the potential role of DOM and pH in
controlling the rates of Hg reduction.
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Mercury (Hg) release from contaminated legacy sites is a large contributor to

riverine ecosystems and can represent a significant local and regional

environmental issue even long after the initial site contamination.

Understanding processes of in-stream species transformation is therefore

important to assess the fate and bioavailability of the released Hg. In this

study, we investigated in-stream Hg transformation processes with analyses

of Hg binding forms and Hg stable isotopes. Stream sediments were collected

downstream of a former kyanization facility (Black Forest, SW Germany), where

highly soluble Hg(II)-chloride (HgCl2) was used as an anti-fouling agent to treat

timber. Exfiltration of partly anoxic, contaminated groundwater with Hg

concentrations of up to 700 μg L−1 into the adjacent Gutach stream is the

main source of Hg to sediments. Total Hg concentrations in the stream bottom

sediments (<2 mm) ranged from background values of 6.3 µg kg−1 upstream of

the contaminated site to 77 mg kg−1 near the location of exfiltration of

contaminated groundwater. A five-step sequential extraction procedure and

Hg pyrolytic thermal desorption (PTD) analyses indicated changes in Hg binding

forms in the sediments along the flow path towards a higher proportion of

organically boundHg. A large shift towards negative δ202Hg values was observed

downstream of the contaminated site (change of ≈2‰) along with a minor

offset in mass-independent fractionation. Binary mixing models based on Hg

isotope ratios using one industrial and different natural background

endmembers were tested to estimate their respective contribution of Hg to

the sediments but failed to produce plausible allocations. Based on the

observed changes in isotopic composition, total Hg concentrations and Hg

binding forms, we propose that the large extent of fractionation observed in

downstream sediments is the result of a combination of kinetic isotope effects

during sorption, redistribution of Hg within the sediment and the preferential
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transport of Hg associated with the sediment fine fraction. These results

highlight the importance of transformation processes when assessing the

sources and fate of Hg in environmental systems and show limitations of

using simple mixing models based on Hg stable isotopes.

KEYWORDS

mercury stable isotopes, stream sediment, source tracing, species transformation
processes, contaminated legacy sites

1 Introduction

Mercury (Hg) is a global pollutant emitted by natural

processes and human activities (Selin, 2009; Streets et al., 2019;

UN Environment, 2019). The use of Hg in industrial processes has

created local Hg contamination hotspots in different ecosystems

around the world (Eckley et al., 2020), which continue to represent

a significant source of Hg to the atmosphere and aquatic systems

(Kocman et al., 2013). This anthropogenic legacy Hg, released and

deposited previously, is recycled through re-emission and links

past human activities to current environmental Hg cycling (Cooke

et al., 2020). Once released, the main concern with respect to

human exposure is Hg transformation into methylmercury, which

bioaccumulates in aquatic organisms (Ullrich et al., 2001;

Branfireun et al., 2020; Bravo and Cosio, 2020) and presents

the main Hg uptake pathway for humans through fish

consumption (Lavoie et al., 2018). Rivers represent an

important long-range transport pathway, connecting

contaminated legacy sites to estuaries and coastal zones (Horvat

et al., 1999; Araujo et al., 2017) and are the largest source of Hg to

coastal oceans (Liu et al., 2021). Understanding Hg transport from

the release of Hg in the stream along the flow path to the river

mouth is of critical interest.

The fate of Hg in environmental compartments such as river

systems largely depends on its chemical speciation (Liu et al.,

2011a). The majority of Hg released to the environment is in the

form of inorganic Hg(0) or Hg(II) compounds (Eckley et al.,

2020). Transformation processes in aquatic systems include the

association/dissociation with numerous organic and inorganic

ligands, sorption/desorption, precipitation/dissolution,

oxidation/reduction, methylation/demethylation and

volatilization/deposition to/from the atmosphere (Liu et al.,

2011b). In addition to these biogeochemical transformations,

physical transport mechanisms are of special interest in the case

of fluvial Hg transport, which in most systems occurs

predominantly in particulate form (Amos et al., 2014),

because discharge velocity and energy control particle

entrainment, suspension and ultimately transport (Boszke

et al., 2004; Kocman et al., 2011; Kelly and Rudd, 2018). The

partitioning of Hg at the particle-solution interface also affects its

availability for methylating microorganisms and biological

uptake (Hsu-Kim et al., 2013; Zhang et al., 2019).

Despite all the recent advances in understanding Hg

biogeochemical cycling in the environment, many questions

regarding Hg transformation processes and mechanisms

remain unanswered (Gustin et al., 2020). The determination

of the exact speciation of Hg in environmental samples remains

challenging, leaving the determination of operationally defined

pools as the most common method to assess the mobility,

bioavailability and changes in Hg binding forms. There are

numerous sequential extraction protocols (SEP) aiming to

separate Hg into specified pools (Issaro et al., 2009;

Fernández-Martínez and Rucandio, 2013; Reis et al., 2016).

Other than chemical extractions, pyrolytic thermal desorption

(PTD) analyses use the release of different Hg compounds at

specific temperatures and are an effective method for the

identification of the presence of Hg(0) (released at low

temperatures) and Hg2+ sulfides and sulfates released at high

temperatures) (Biester and Scholz, 1997; Reis et al., 2015;

Rumayor et al., 2016).

Mercury stable isotope ratios are a potential tracer for sources

and pathways of Hg in the environment and have been applied as

a tool in an increasing number of field studies for source

attribution and transport processes in stream systems

contaminated by different sources such as former Hg mines

(e.g., Foucher et al., 2013; Smith et al., 2015a; Baptista-Salazar

et al., 2018; Pribil et al., 2020), gold mining or processing

activities (e.g., Donovan et al., 2016; Marshall et al., 2018;

Goix et al., 2019), chlor-alkali or other industrial activities

(e.g., Donovan et al., 2014; Washburn et al., 2017; Demers

et al., 2018; Grigg et al., 2018; Reinfelder and Janssen, 2019;

Crowther et al., 2021; Janssen et al., 2021). In addition to mass-

dependent fractionation (MDF), Hg isotopes also exhibit mass-

independent fractionation (MIF) related to the magnetic isotope

effect (MIE) and the nuclear volume effect (NVE, also known as

nuclear field shift effect) (Blum and Bergquist, 2007; Bergquist

and Blum, 2009). Fewer processes have been demonstrated to

induce MIF (e.g., photochemical redox transformations) and it is

therefore considered to be a more conservative tracer than MDF

and might be conserved during accumulation in soils or plants

(Bergquist and Blum, 2009; Sonke, 2011).

Simple binary mixing models based on δ202Hg isotope

signatures and inverse total Hg concentrations (1/THg) have

been applied to estimate source contributions of two different

sources or an industrial source versus background contribution

to sediments and soils in numerous studies (Foucher et al., 2009;

Feng et al., 2010; Feng et al., 2019; Ma et al., 2013; Gray et al.,

2015; Guédron et al., 2016; Yin et al., 2016;Washburn et al., 2017;
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Washburn et al., 2018; Woerndle et al., 2018; Zhang et al., 2018;

Zhang et al., 2020; Zhu et al., 2018; Goix et al., 2019; Reinfelder

and Janssen, 2019; Pribil et al., 2020; Tsui et al., 2020). Mixing

models were also extended to include the relationship between

MDF vs. MIF instead of MDF vs. 1/THg (Liu et al., 2011c; Lepak

et al., 2015; Chen et al., 2016; Meng et al., 2019; Janssen et al.,

2021) and in some studies the two-endmember mixing models

were extended to include three or more endmembers (e.g., Bartov

et al., 2013; Yin et al., 2018; Jung et al., 2021; Jung et al., 2022;

Chen et al., 2022) or additional parameters such as carbon stable

isotopes (Campeau et al., 2022). Binary mixing models require

the precise definition of two distinct endmembers (e.g.,

contaminant and natural background) with a sufficiently

different isotopic composition (Foucher et al., 2009). These

mixing models are based on a linear relationship between

δ202Hg and 1/THg and assume that the isotopic composition

of samples between the endmembers is the result of conservative

mixing of these two distinct endmembers.

Compared to source tracing, the application of Hg isotopes

for process tracing in rivers is more limited (Washburn et al.,

2017; Demers et al., 2018; Crowther et al., 2021; McLagan et al.,

2022a). Mercury transformation processes in river systems have

also been investigated using stable Hg isotope signatures, for

example, partitioning among dissolved and particulate phases

(Washburn et al., 2017; Demers et al., 2018), methylation of

inorganic Hg (Donovan et al., 2016) or photodegradation of

methylmercury (Tsui et al., 2013).

Here we assessed Hg stable isotopes as a tool to trace Hg

sources, understand Hg transport processes and identify

changes in Hg binding forms in contaminated freshwater

environments. For this purpose, we investigated stream

sediments contaminated by continuous release of Hg from a

former industrial site where timber was treated with a 0.67%

solution of highly soluble mercuric chloride (HgCl2) for

preservation in a process called kyanization (Troschel, 1916;

Nowak, 1952; Kallipoliti, 2010). The combination of analyses of

Hg binding forms employing a SEP and PTD with Hg stable

isotope analysis is expected to provide additional information

about the processes governing the biogeochemical changes and

the transport mechanism in the stream sediments. With our

study we address the question whether the highly mobile HgCl2
originally released at the contamination source changes its

binding forms during the transport along the stream and

will be retained in sediments. Further, we investigate if this

change in binding forms is reflected in the different isotopic

compositions of Hg in sediment samples and if differences in

Hg isotope ratios in bulk sediments compared to the fine

fraction can provide additional information about the

dominant transport mechanisms and the changes in binding

forms. The objective is to assess in-stream processes that can

explain the observed shifts in Hg binding forms and isotopic

composition. This contamination case further provides an

excellent opportunity to investigate the potential

fractionation of Hg isotopes in a stream system and an

assessment of the suitability of Hg isotopes and endmember

mixing models as a source tracing tool.

2 Materials and methods

2.1 Site description

All stream sediment and stream water samples were

collected in the vicinity of a former wood impregnation

facility located in the Black Forest (South-West Germany,

830 m a.s.l.; site A in McLagan et al., 2022b, site C in Richard

et al., 2016b). From the late 19th century until the early 1960s,

HgCl2 was used in the kyanization process as a wood

preservation agent at this site. Extensive contamination of

soil and groundwater resulted from spillages and drying of

treated wood on unsealed ground (Heckmann, 2002; Eisele,

2004). The facility is divided into northern and southern parts

by the Gutach stream (Figure 1), which was dammed by a

small barrage in 1968/69, creating a small artificial pond

(Okalsee) at the western end of the site (Eisele, 2004)

(photos provided in Supplementary Section S1). This did

not only affect the sediment transport from the upstream

part of Gutach stream, which features a natural brownwater

lake “Titisee” a few km upstream, but also the location of the

streambed was slightly altered at that time. The northern part

of the former industrial area has been developed into a

commercial shopping area with stores and parking lots in

2002/03 (Eisele, 2004). The southern part is today occupied by

several smaller company buildings, but also exhibits larger

open areas with unsealed land surfaces. There are two

vertically arranged aquifers with mostly south-eastern flow

direction. The upper groundwater body is in exchange with

the stream via exfiltration of Hg contaminated groundwater

(Heckmann, 2002; Schuler, 2012).

The (hydro)geology of the area is dominated by Quaternary

fluvial sediments overlaying Paleozoic granite basement (LGRB,

2021). Between lake Titisee and the former kyanization site, there

is only a small altitude gradient and Gutach stream is flowing at a

slow velocity. Shortly after the confluence with the Josbach

stream (see Figure 1) the terrain gets steeper and the flow

velocities increase resulting in a streambed consisting of

coarser gravel and stones with only little fine-grained particles

settling (Gonser and Schwoerbel, 1985; Schuler, 2012). After the

confluence with the Haslach stream the name changes to

Wutach. The river Wutach is a tributary of the river Rhine,

which ultimately drains to the North Sea. The mean discharge of

theWutach is 6 m3 s−1, but due to the close relation to rainfall and

snowmelt events, it can increase to >100 m3 s−1 during high

discharge events (see precipitation and discharge data in

Supplementary Section S2), where large amounts of sediments

can be mobilized (Ortlepp, 1997).
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2.2 Sampling and sample preparation

Sediment samples from Gutach stream were collected at and

downstream of the former industrial site (n = 17, see Figure 1) in

2018 and 2019. Two additional samples were collected upstream

of the contaminated site (S00 and S01) to assess background Hg

concentration and isotope signatures in the Gutach sediment.

Additionally, sediment samples from the two main tributary

streams Josbach (S08*) and Haslach (S18p and S19p) were

collected to assess their potential influence. The location of all

sampling points is displayed in Figure 1. Sampling campaigns

were carried out in months with comparably low precipitation

and discharge (Supplementary Figures S2.1, S2.2). All sampling

equipment was washed thoroughly and rinsed with stream water

at the respective sampling location. Sediment samples were taken

from the uppermost <5 cm with a hand shovel. Multiple grabs

randomly distributed across the streambed were combined at

each location to optimize representative sampling of the

heterogeneous streambed and until a sufficient amount of

sediment was collected (100–200 g, <2 mm). Samples were

homogenized using a stainless-steel spatula and directly sieved

to <2 mm in the field and filled into 180 ml polypropylene (PP)

containers for transport to the laboratory. Stream water samples

were filtered through 0.45 µm cellulose acetate (CA) filters into

50 ml PP vials and stabilized with 1% (v/v) BrCl (0.2 M BrCl in

concentrated HCl, prepared according to Bloom et al. (2003).

Electrical conductivity, pH and temperature of the stream water

were measured in the field with respective electrodes

(Supplementary Table S6). Sediment samples were dried at

60°C for 48 h. Samples used for PTD were not dried to avoid

FIGURE 1
Location of the sampling sites. Samples from tributary creeks are denoted with an asterisk.

Frontiers in Environmental Chemistry frontiersin.org04

Schwab et al. 10.3389/fenvc.2022.1058890

56

https://www.frontiersin.org/journals/environmental-chemistry
https://www.frontiersin.org
https://doi.org/10.3389/fenvc.2022.1058890


loss of Hg(0). An aliquot of the dried samples was dry-sieved

to <125 µm to compare Hg concentrations and isotope ratios of

the fine fraction with bulk sediments and assess its role for

transport and transformation processes. Relative mass

proportions were calculated using the mass of the <125 µm
fraction in relation to the total mass of sieved aliquots. An

aliquot of the <2 mm fraction was milled with a vibrating ball

mill for 30 s at 30 vibrations per second (Retsch MM 400).

2.3 Analyses

Total carbon (C), hydrogen (H), nitrogen (N) and sulfur (S)

concentrations were determined using an elemental analyzer

(Elementar, VarioMacro). Organic and inorganic carbon contents

of the sediment samples were determined using amultiphase carbon

analyzer (LECO RC612, Leco Corporation). For this analysis, an

aliquot of the milled <2 mm fraction was heated from 105°C to

1,000°C at a rate of 5°C min−1. A peak separator was set at 550°C to

distinguish between organic and inorganic carbon. Because the Leco

analyzer contains parts made of gold, which could be damaged by

the introduction of samples with elevated Hg contents, the total C of

samples with Hg concentrations >1 mg kg−1 were analyzed by

combustion and infra-red detection using a DIMA 1000NT

(Dimatec). The organic carbon content of these samples was

determined after removing the inorganic carbon fraction with

concentrated HCl by the “carbonate-bomb” method (Müller and

Gastner, 1971). Characterization of organic carbon was performed

by Fourier-transform infrared spectroscopy (FTIR; Cary 630 FTIR

Spectrometer, Agilent Technologies) on selected samples (details see

Supplementary Section S8). Major elements were analyzed by ICP-

OES (ICP-OES 5110, Agilent Technologies) on aqua regia digests

(HNO3:HCl (1:3)). Samples were digested on a hotplate at 85°C for

2 h after the addition of 12 ml aqua regia to 0.5 g of sediment in

loosely capped 50 ml PP vials. Aqua regia was refilled to 12 ml and

digested for another hour, then filled to 50 ml with ultrapure water

and filtered through 0.45 µm CA filters. Elemental analysis was

further conducted on selected samples by energy dispersive X-ray

fluorescence (XRF) spectrometry on wax pellets of the

milled <2 mm fraction. The mineralogical composition of the

milled bulk stream sediments was examined using X-ray

diffraction and the COD database (XRD, Rigaku MiniFlex 600).

For THg analysis aqua regia extracts with BrCl (8 ml of

conc. HCl, 3 ml of conc. HNO3 and 1 ml of conc. BrCl) of

both <2 mm and <125 µm sediment fractions were analyzed

for total Hg and, if concentrations allowed, also for Hg stable

isotopes. Extractions were carried out in 50 ml PP centrifuge

vials covered with perforated parafilm. Digests were run

overnight (20–24 h) on a lateral shaker at 170 rpm. Samples

were then diluted with 36 ml of ultrapure water (18.2 MΩ cm),

resuspended and centrifuged at 3,000 rcf for 20 min (Herolab

HiCen 21°C). After centrifugation, the supernatants were

passed through 0.45 µm CA filters.

A five-step sequential extraction protocol (SEP) was carried out

on selected sediment samples (<2 mm, not milled) based on the

method described in Bloom et al. (2003) (for details see

Supplementary Section S3). This method separates Hg into

operationally defined fractions using the following extraction

agents: deionized water (F1), 0.01M HCl/0.1 M CH3COOH (F2),

1 MKOH (F3), 12MHNO3 (F4), aqua regia (F5).Major elements in

extracts were analyzed by ICP-OES (Supplementary Figure S3.1).

The pH of sediment samples was measured for selected samples in

the F1 extract (Supplementary Table S7). Pyrolytic thermal

desorption (PTD) analysis was applied to characterize Hg binding

forms similar to the procedure described in Biester and Scholz (1997).

Aliquots of the untreated sediment sampleswere continuously heated

to 650°C at a rate of 1°C per second in an N2 gas flow and the Hg

release was measured as a function of temperature using atomic

absorption spectrometry. The obtained release curves were compared

to the characteristic release curves of Hg reference compounds (for

details see Supplementary Section S4). Although both methods

provide valuable and often complementary information about the

nature of the dominantHg compounds and their binding to different

matrix components in the investigated sediments, it is important to

realize that no individual chemical Hg species can be separated and

identified in most cases.

Total Hg concentrations were determined on a direct mercury

analyzer (DMA-80, Milestone Inc.) using thermal decomposition,

amalgamation and subsequent atomic absorption spectrometry on

themilled sample aliquots following EPAmethod 7473 (EPA, 2000).

High Hg concentration samples from the hotspot area (S05-S07)

were not included in this analysis because impractically low sample

masses would have been required to remain within the calibration

range of the instrument. Mercury concentrations of aqua regia and

SEP extracts were analyzed using cold vapor atomic absorption/

fluorescence spectrometry (CV-AAS/AFS, DMA-80L, Milestone

Inc.) after pre-reduction of the samples with hydroxylamine-

hydrochloride solution (NH2OH·HCl) and online reduction of

Hg2+ to Hg(0) by SnCl2 following EPA method 1631 (EPA,

2002). Certified reference material (ERM CC-018) was extracted

in parallel with samples as quality control and yielded recoveries of

93.3% ± 8.6% (SD, n = 4) for aqua regia digests and 87.4% ± 8.4%

(SD, n = 4) for the sum of the five extracts in the sequential

extraction protocol. All reagent blanks were below the limit of

quantification. Stream water samples were analyzed using cold

vapor atomic fluorescence spectrometry (CV-AFS, Mercur

Analytic Jena) except for additional samples collected at later

sampling events which were analyzed using the DMA-80L.

Water samples are labeled in the same order as sediments (W00-

W21) and were collected at the same location.

For isotope analysis, sediment samples with low Hg

concentrations were pre-concentrated using combustion and

trap with the DMA-80 direct mercury analyzer previously

tested and successfully applied in our laboratory (McLagan

et al., 2022b; McLagan et al., 2022a). Samples were weighed

into sample boats (0.2–17 g, max. 1 g per boat), combusted and
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the released Hg purged into an oxidizing trap consisting of 5 ml

40% (v/v) inverse aqua regia (HNO3:BrCl (3:1)) as described in

Janssen et al. (2019). The efficacy of the method was tested by

preparing different reference materials and calculating recoveries

with 1SD variation (BCR-482: 103% ± 12%, n = 13; CC-141:

95% ± 4%, n = 16; NIST-3133: 102% ± 4%, n = 12). Mercury

isotope ratios of aqua regia digests and selected sequential

extracts were determined with a Nu Plasma II multi-collector

inductively coupled plasma mass spectrometer (MC-ICP-MS,

Nu Instruments) connected to an HGX-200 cold vapor system

(Teledyne Cetac) for Hg introduction and an Aridus II

desolvating nebulizer (Teledyne Cetac) for Tl introduction.

Mass bias and instrument drift were corrected using NIST-

3133 standard-sample bracketing and element doping with

NIST-997 Tl standard. Measurement sessions were conducted

at concentrations of either 2.5 µg L−1, 5 µg L−1 or 10 µg L−1 Hg

with concentration-matched bracketing standards. Standards

and samples were diluted in a 1% (v/v) BrCl matrix to an

acid strength of <10% (v/v). Isotope data are reported as δ-
values in permille relative to NIST-3133 calculated according to

Eq. 1:

δxxxHg ‰( ) � ⎛⎝

xxxHg
198Hg

sample

xxxHg
198Hg

NIST−3133
− 1⎞⎠*1000 (1)

Mass-independent fractionation (MIF) is reported as

deviation from the theoretically predicted mass-dependent

fractionation (MDF) using the following Eq. 2:

ΔxxxHg � δxxxHg − δ202Hg*βxxx( ) (2)

The βxxx values of 199Hg, 200Hg, 201Hg and 204Hg isotopes are

0.2520, 0.5024, 0.7520, and 1.4930, respectively (Blum and

Bergquist, 2007). Assessment of accuracy and precision of the

isotope analysis was done by regular measurements of the

secondary standard “ETH Fluka”. Results were consistent with

previous analyses of different laboratories (Smith et al., 2015a;

Jiskra et al., 2017; Obrist et al., 2017; Grigg et al., 2018; Brocza

et al., 2019; Goix et al., 2019; McLagan et al., 2022b). The overall

reproducibility (2SD, n = 69) was ±0.15‰ for δ202Hg

and ±0.06‰ for Δ199Hg and Δ201Hg, but the standard

deviations (2SD) reported for individual sample measurements

correspond to the respective session reproducibility of “ETH

Fluka” (overview in Supplementary Table S5.1).

3 Results

3.1 Stream water and sediment
characterization

Background Hg concentrations, measured in Gutach stream

before the contaminated area and the tributary streams, were below

the detection limit except for W19* (0.6 ng L−1) consistent with

previously reported low background Hg concentrations between

1.1 and 4.1 ng L−1 (Bischoff et al., 2015). Close to the former

kyanization facility, between the artificial pond and the confluence

with the Josbach stream (hereafter called “hotspot samples,” see

Figure 1 inset), the water samples show elevated Hg concentrations

reaching up to 835.4 ng L−1 at W05 (Supplementary Table S6),

indicating exfiltration of contaminated groundwater (for details

see Supplementary Section S6). This is supported by elevated THg

concentrations in groundwater samples from a well close to the

location where groundwater was exfiltrating ranging from 78 to

555 µg L−1 in fivemeasurement campaigns (McLagan et al., 2022b; cf.

sample WA10). “Hotspot” water samples were also characterized by

elevated electrical conductivity (EC) and higher dissolved Fe andMn

concentrations than both upstream and downstream samples. After

the confluence with Josbach stream (hereafter called “downstream

samples”) the dissolved Hg concentrations remain elevated

(14.8–50.8 ng L−1, Supplementary Table S6) up to and including

the most distant sample (W21) approximately 16.5 km along the

Gutach-Wutach channel. Stream water field parameters are

summarized in Supplementary Table S6.

The pH of sediment samples ranged from 6.0 to 7.0

(Supplementary Table S7). The fine fraction (<125 µm) made

up only a small mass proportion of 0.3% (S20) to 7.5% (S05)

of the bulk sample mass (Supplementary Table S7). The peak

identification of XRD patterns showed that the mineralogy is

dominated by quartz and plagioclase feldspars such as albite

and anorthite. There is some variation in the intensity of the

major peaks and the occurrence of minor peaks between the

sediment samples indicating a different relative composition

and abundance of these minerals, but no clear distinction

between the Gutach stream sediments and sediments from

tributaries could be made based on mineralogical composition

(XRD patterns are provided in Supplementary Section S9).

Elemental composition results from ICP-OES and XRF

measurements show that some of the samples from near the

former industrial facility exhibit increased concentrations of

contaminants related to former usage and release from the site

(Pb, Cr, Zn) and higher concentrations of Fe, Mn and Ca

(Supplementary Tables S10.1, S10.2). The XRF data also shows

higher concentrations of Cl, S and P concentrations for the most

contaminated samples. For Fe and Mn this is likely caused by the

exfiltration of anoxic groundwater and subsequent oxidation and

precipitation and settling of Fe and Mn. However, XRD patterns

do not allow the identification of Fe or Mn minerals as a

component of the sediment samples, either because of their

poorly-crystalline structure or their low relative abundance. The

FTIR spectra showed subtle differences in absorbance among the

selected samples indicating a slightly higher proportion of organic

matter in sediments S05 and S08* (Supplementary Figures S8.1,

S8.2). The total carbon (TC) content of the bulk sediments in

Gutach stream and the tributaries ranged from 0.16% to 1.02%

(details see Supplementary Table S7 and Supplementary Figure
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S7). Most of the carbon was present as organic carbon (86% ± 8%)

(Supplementary Table S7). Overall, the differences in the elemental

and mineralogical composition were not very pronounced and did

not allow an estimate of the sediment contribution from each

tributary stream. An overview of the sediment characterization is

presented in Supplementary Section S7.

3.2 Hg concentrations and binding forms

Total mercury (THg) concentrations in bulk sediment and fine

fraction (<125 µm) samples varied strongly along the investigated

section of Gutach stream. Bulk sediments from upstream of the

former wood treatment facility (S00 and S01), which can be

considered as natural background, had low THg concentrations

in the bulk (6.32 µg kg−1 and 19.3 µg kg−1, respectively) and fine

(115 µg kg−1 and 74.9 µg kg−1, respectively) fractions (Figure 2). The

hotspot samples (S02-S07) are impacted by the contamination case

and showed highly elevated THg concentrations ranging from

4.37 mg kg−1 to 77.0 mg kg−1 in bulk sediments (S02–S07). For

these samples, the fine fraction also had much higher THg

concentrations of up to 340 mg kg−1 (S05). The downstream

samples showed a higher Hg concentration (range from 267 to

726 µg kg−1) than the background values of the Gutach or the

tributaries indicating an influence of the Hg contamination case

as far as 16.5 km downstream of the source. Both the Josbach and

Haslach streams had similarly low Hg concentrations as the

uncontaminated upstream Gutach stream in both fractions. One

of the samples from the Haslach stream however had elevated THg

concentrations [S19*: 296 µg kg−1 (<2 mm) and 1.19 mg kg−1

(<125 µm)]. Sample S19* was collected near the confluence with

the Gutach stream and considering the differences in Hg

concentrations between S18* and S19* an influence or mixture of

contaminated sediments cannot be excluded, especially during high

discharge events. The fine fraction had systematically higher Hg

concentrations in all investigated samples by a factor of 4.4–21.7 in

comparison to the respective coarse fraction (≥125 µm–<2 mm).

Most of the total Hg was nonetheless associated with the coarse

fraction (61%–97%) because the fine fraction made up only a small

mass proportion of the bulk sample.

Both SEP and PTD of bulk sediments showed a distinct shift

of the Hg binding form of hotspot sediments directly affected by

exfiltrating groundwater compared to sediments from the

tributaries and the downstream sediments. The PTD release

curve of hotspot samples started at 180°C with a peak

maximum of around 250°C while the release curve for

downstream sediments shifted to higher temperatures with a

start at 250°C and a peak maximum at 300°C (Figure 3B). None of

the samples showed any Hg(0) as would be indicated by a low

release temperature of around 100°C or lower. Although there are

a large number of potential Hg2+ species with maximum release

peaks between 200 and 300°C, including HgCl2, metacinnabar (β-
HgS), Hg adsorbed to Fe(OH)3 as well as Hg bound to organic

matter and humic acids (Biester and Scholz, 1997; Rumayor et al.,

2016; McLagan et al., 2022b), the consistent shift in peak maxima

gives further weight to the interpretation of a shift in binding

FIGURE 2
Total mercury (THg) concentrations in bulk (<2 mm) and fine (<125 µm) fractions of the sediment samples. Samples are displayed in the flow
direction from S00 to S21. Tributary creeks aremarked with an asterisk. Sample S19* was collected only about 10 m upstream of the confluence with
theGutach creek andmight be affected by theGutach during high discharge events. Error bars are smaller than data symbols. Accuracy and precision
of THg measurements was assessed by replicate analysis of reference materials: NIST-3133 (recovery: 103% ± 3%, 1SD, n = 108) for DMA-80L;
ERM CC-141 (recovery: 96% ± 6%, 1SD, n = 20) and NIST-2711 (recovery: 105% ± 7%, 1SD, n = 8) for DMA-80.
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forms in downstream sediments (Supplementary Figures

S4.1–S4.3). The presence of metacinnabar should be indicated

by a second peak shoulder or a peak at higher temperatures,

which was not observed in the samples. There was a slight tailing

in the release curve of S02 which could be attributed to sulfidic

Hg, but slight differences in release curves can also be caused by

differences in the sample matrix (e.g., grain size) and Hg

concentrations (Biester and Scholz, 1997; Baptista-Salazar

et al., 2017; Petranich et al., 2022). Generally, Hg associated

with organic matter (humic acid in case of the standard) has a

release temperature that is slightly higher than Hg associated

with Fe or other “matrix-bound” Hg forms (around 300°C, see

Supplementary Figure S4.3) and the observed shift can be

interpreted as a change in Hg binding form towards a higher

proportion of organic matter bound Hg in downstream

sediments (Biester et al., 2000; Baptista-Salazar et al., 2018).

For hotspot samples (S02–S07), most of the Hg was extracted

in the F4 step (60%–80%) targeting strongly complexed Hg

(Figure 3A) The relative proportion of the F5 pool (residual

Hg, HgS) decreased from 10%–22% in hotspot samples to <5%
after the confluence with Josbach stream, suggesting a minor role

of sulfide-bound Hg in these sediments. For the hotspot samples,

approximately 10% of Hg was extracted in the F3 fraction, which

is associated with Hg bound to organic matter. This pool had a

much higher relative abundance in the samples after the

confluence with Josbach stream (66%–80%) and to a slightly

FIGURE 3
(A) Results of the SEP displayed as Hg pools normalized to the sum of extracts (sum of extracts = 100%). Samples from tributary creeks are
marked with an asterisk. The performance of the SEP was assessed with repeated extractions of the reference material ERM CC-018 (F1: 0.13% ±
0.05%; F2: 0.02%±0.01%; F3: 3.9%± 1.1%; F4: 77.9%± 4.7%; F5: 3.6% ± 3.6%, Sumof extracts: 87.8%± 8.4%. n= 5). (B)Moving average of PTD release
peaks of sediments from “hotspot” section (S02-S07, peak centers ranging from 232 to 257°C) and downstream plus tributary creek sediments
(peak centers ranging from 292 to 304°C). Signals were normalized to themaximumextinction of individual samples. See Supplementary Table S4 for
peaks of individual samples.
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lower degree in the uncontaminated Gutach. In absolute terms,

the pool of Hg in the F3 pool was larger in the hotspot samples

compared to the downstream samples, despite the lower relative

abundance. Especially with samples that are not pure compounds

but more complex mixtures, several issues can influence the

results of SEP (Kim et al., 2003; Hall et al., 2005; Hall and Pelchat,

2005) and resorption of Hg can cause the release of more labile

Hg in later extraction steps. In the case of the hotspot samples,

the concentrations are high and incomplete removal of

organically bound Hg or resorption of Hg during the F3 step

causing a later extraction in step F4 cannot be completely ruled

out. Even though the sediment composition has a large effect on

Hg adsorption (Pelcová et al., 2010), the general sediment

characterization (elemental and mineralogical composition)

did not indicate clear shifts in the sediment composition

between the sampling locations. Differences in organic matter

content can also not explain the shift towards a higher proportion

of organically bound Hg. There is only a weak relationship

between TOC content and absolute Hg extracted in F3 (p =

0.06, R2 = 0.235) and no relationship between TOC content and

the relative Hg fraction extracted in F3 (p = 0.42, R2 = 0.047)

(Supplementary Figure S3.3). With general sediment

characterization and TOC having no apparent relationship to

Hg binding forms, we measured Hg isotope ratios to further

investigate the reasons for the observed changes in Hg binding

forms.

FIGURE 4
(A) δ202Hg (MDF) of bulk and fine sediment samples. Samples are displayed in flowdirection from S00 to S21. Tributary creeks aremarkedwith an
asterisk. Hotspot and downstream section are indicated by colored symbols as in Figure 2. Error bars indicate 2SD based on the standard
reproducibility of the measurement session, but are smaller than symbol size in some cases. (B) Relationship of MDF (δ202Hg) and MIF (Δ199Hg). (C)
Relationship of Δ201Hg and Δ199Hg. The dotted line represents a York regression for combined bulk and fine sediment samples calculated using
the IsoplotR package in R (Vermeesch, 2018). The grey crosses indicate the average 2SD for the respective parameter.
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3.3 Hg isotope composition of bulk and
fine sediment fractions

Along the investigated section of Gutach stream, large

variations in the isotopic composition of Hg in sediments were

observed in both bulk and fine fraction samples, with a notable

shift of δ202Hg values towards more negative values in

downstream sediments (Figure 4A). Gutach stream samples

from upstream with very low Hg concentrations can be used to

approximate the background Hg isotope signature of

uncontaminated Gutach stream sediment. Both samples

from upstream of the site had highly negative δ202Hg values

of −2.27‰ ± 0.11‰ (S00) and −1.84‰ ± 0.11‰ (S01). The

background sample from Josbach stream had a lighter isotopic

composition (S08*; −2.91‰ ± 0.11‰) than Gutach upstream

samples while Haslach stream had an isotopic composition

that is distinct from the Gutach and Josbach streams. Like

THg, the two samples of the Haslach stream were also

isotopically different. The sample from further up the gorge

(S18*) had a less negative δ202Hg value (−1.27‰ ± 0.11‰)

compared to the sample close to the confluence (S19*;

−3.12‰ ± 0.11‰). As mentioned earlier, S19* was likely

influenced by contaminated Gutach sediments and water

and the background of Haslach stream is better represented

by S18*. The bulk isotope signature of the sediment samples

from the hotspot section (S02-S07) had a δ202Hg value

of −0.31‰ ± 0.37‰ (1SD, n = 6), which is close to values

in the groundwater (McLagan et al., 2022b). Exfiltration of

contaminated groundwater is expected to be the major source

of Hg in Gutach stream and the analysis of groundwater from

the most contaminated wells at the former kyanization site

showed mean δ202Hg values of −0.20‰ ± 0.07‰ and Δ199Hg

values of −0.07‰ ± 0.03‰ indicated little to no mass-

independent fractionation in the aquifer [1SD, wells

WA7 and WA10a in McLagan et al. (2022b)]. The isotopic

compositions of contaminated groundwater and hotspot

sediments were remarkably similar, indicating that

exfiltration is likely the dominant source of Hg in these

samples and an influence of contaminated surface runoff

and erosion of contaminated soil from the site is of minor

importance and likely restricted to heavy rainfall events. For

the downstream sediments a shift towards remarkably light

δ202Hg values of −2.35‰ ± 0.37‰ (1SD, n = 12) was observed.

The isotopic composition of the fine fraction showed an offset

with more positive δ202Hg values compared to the bulk

fraction (in 13 out of 16 samples; Figure 4A). The offset

was most pronounced in the hotspot and the tributary

samples, whereas the downstream samples exhibited no

clear δ202Hg difference between the size fractions. Apart

from this offset, the isotopic composition of the fine

fraction followed the same general trends and changes

observed for the bulk sediments. The extent of MIF

observed in the sediment samples was very low. No even-

mass MIF beyond the analytical uncertainty was observed

(Supplementary Table S5.2) suggesting no significant

contribution of Hg to the sediments from atmospheric

precipitation or dry deposition (Gratz et al., 2010; Chen

et al., 2012). However, there was a minor shift in odd-mass

MIF (Δ199Hg and Δ201Hg, see Figures 4B, C) towards higher

values (~0.1‰) in downstream samples compared to hotspot

or tributary sediments.

4 Discussion

4.1 Mixing model based on MDF and Hg
concentrations

To test the hypothesis of conservative mixing of natural Hg

and industry-derived mercury, a binary mixing model was

applied according to eqs 3, 4:

find* δ
202Hgind + fnat* δ

202Hgnat � δ202Hgsediment (3)
find + fnat � 1 (4)

In the model fnat and find represent the fractions of Hg

originating from natural background and industrial

contamination, respectively. The isotopic signature of the

endmembers in the model are defined as δ202Hgind
representing the industrial contamination source (exfiltrating

groundwater) and δ202Hgnat of different natural background

samples (Figure 5A). The exact isotopic signature of the

industrial endmember is difficult to determine since there is

no record of HgCl2 solutions that were used at the site and Hg

exfiltrating from the groundwater has potentially already

undergone transformation processes as it interacts with the

aquifer material (McLagan et al., 2022b). Nonetheless, we

consider δ202Hg values of highly contaminated groundwater

wells to be the closest estimate of the industrial Hg isotope

source signature for this study. The second endmember, the

natural background signature is equally difficult to define. Five

approaches were tested with different assumptions made about

the regional background signature (details see Supplementary

Section S11).

The bulk isotope signatures of the sediment samples from

the hotspot section had a δ202Hg value of −0.31‰ ± 0.37‰

which is close to that of the groundwater (−0.20‰ ± 0.07‰).

For the allocation of Hg in the hotspot samples, the mixing

models predicted that most of the Hg (63%–100%) is derived

from exfiltrating groundwater. The model using Haslach

stream as natural endmember predicted a lower

contribution (only 27% for S02) in the hotspot samples,

which is very unlikely based on the remarkably high Hg

concentrations in these samples and the low background

concentration. For most of the downstream samples, only a

small amount of Hg was allocated to the industrial source. The

industrial contribution ranged between 0% and 3% (Gutach
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endmember), 0%–26% (Josbach endmember), 0%–31% (S19*

endmember) and 0%–16% (mixed endmember). Only for the

S19* endmember the downstream sediments plot along the

mixing line (Figure 5B). However, for S19* an influence of

contaminated Gutach sediment or stream water is likely and it

is questionable if S19* can be regarded as “natural

background.” The downstream sediments had Hg

concentrations between 268 and 727 µg kg−1, which is more

than 15-fold higher than the background samples

(6.3–17.8 µg kg−1 Hg). There is no known other major Hg

source in the area and based on this difference in Hg

concentrations the contribution of industrial Hg is expected

to be >90%. Irrespective of the chosen natural background

endmember the contribution of industrial Hg is therefore

largely underestimated in the mixing models. Due to the

low background Hg concentrations, a significant

contribution of Hg from other sources within the tributary

catchment area (industrial or natural/geogenic) to the total Hg

budget in Gutach stream sediments through conservative

mixing seems unlikely, even for endmembers with a light

isotope signature such as Josbach stream (Figure 5C).

Extending the mixing model with MIF values (Δ199Hg)

would be one option to add a more conservative dimension

to the system. The extent of odd-mass MIF in our samples was

however small. Plotting MDF and MIF values against each

other reveals that the downstream sediments do not lie

FIGURE 5
(A) Results of two endmember mixing models, each one using a different natural background endmember from left to right: Gutach upstream
sample S00 (δ202Hg = −2.27‰), Josbach S08* (δ202Hg = −2.91‰), Haslach S18* (δ202Hg = −1.27‰), S19* (δ202Hg = −3.12‰) and an approach using
average δ202Hg values of tributaries after each confluence (see Supplementary Section S11). (B) Plot of δ202Hg values of creek sediments versus 1/THg
(mg kg−1 basis). Excluding the tributary and upstream sediments (Gutach S00, Josbach S08* and Haslach S18*) used as endmembers in the
mixing models results in a good fit for the linear regression (mixing line) with a hypothetical endmember with a very low δ202Hg value and sufficiently
highHg concentrations (e.g. δ202Hg ≈−3.0‰ and 0.25 mg kg−1 Hg). (C) This panel shows that δ202Hg values of creek sediments do not lie between the
industrial endmember (δ202Hg ≈ −0.22‰) and the δ202Hg values of sediments of the tributary creeks and the Gutach upstream sample.
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between the hotspot samples, with a similar isotopic

composition as the industrial endmember, and the tributary

sediments which can be regarded as natural background

endmember (Figure 4B).

Both MDF and MIF suggest that the downstream samples are

at least partially affected by processes causing isotope fractionation

and not conservative transport and mixing of the industrial source

(exfiltrating contaminated groundwater) with Hg in sediments

derived from natural sources. The change in the binding form, as

indicated by SEP and PTD, further implies transformation

processes within the sediment or between the sediment and the

liquid phase which in turn could lead to isotope fractionation.

4.2 Isotope fractionation mechanisms

The shift towards higher release temperatures in PTD and the

higher proportion of Hg extractable in F3 in the downstream

samples compared to hotspot samples both indicated a higher

proportion of organically boundHg. This observed shift can be the

result of in-stream transformation (e.g., from F4 extractable Hg to

an F3 extractable form) as well as preferential transport of different

Hg pools. Many biotic and abiotic Hg species transformation

processes can cause fractionation of Hg isotopes and the

identification of the exact processes involved in the isotopic

fractionation is challenging. Comparing the expected

fractionation effects of different processes with the Hg isotope

ratios in the stream sediments, provides themeans to narrow down

the drivers of the observed isotopic offset between hotspot and

downstream samples. In the following section the potential

influence of different processes on the Hg isotopic composition

in Gutach stream after the exfiltration of contaminated

groundwater are discussed. This allows to exclude certain

processes and identify more probable mechanisms that explain

the observed variability in isotope ratios.

Mercury is microbially methylated under anoxic conditions

in aquatic environments (Hsu-Kim et al., 2013; Tang et al., 2020).

However, the conditions in Gutach stream are predominantly

oxic and potential methylation is presumably restricted to

localized areas (e.g., still water areas with low flow velocities

and floodplains). Methylmercury (MeHg) would be extracted in

the F3 step of SEP (Bloom et al., 2003) which is found in a higher

proportion in downstream sediments. Methylation was also

found to cause mass-dependent isotope fractionation leading

to an enrichment of light isotopes in the produced

methylmercury (Janssen et al., 2016; Zhang et al., 2022) and is

further isotopically fractionated throughout environmental

reactions in the water column and internal cycling within

biological tissue (Rosera et al., 2022). If methylation takes

place in Gutach sediments, this could only change the isotopic

composition of the bulk sediment to the observed negative δ202Hg

values if MeHg is accumulating and the remaining Hg(II) is

preferentially removed. Additionally, MeHg usually contributes

only a minor part of total Hg in river sediments (Skyllberg, 2012)

and Hg methylation is therefore not expected to result in a

measurable shift of the overall isotopic signature of the

sediments.

The minor offset in MIF observed in downstream sediments

compared to hotspot sediments suggests an influence of in-

stream fractionation affecting both the MDF and MIF signals

of sediment samples, such as, for example, redox processes. Based

on experimental studies the ratio of Δ199Hg and Δ201Hg has been

proposed to be indicative of specific fractionation processes.

These experiments include photoreduction of Hg(II) (slope =

1.00 ± 0.02) (Bergquist and Blum, 2007), photoreduction of

Hg(II) at different Hg/DOC ratios (slopes ranging from

1.19 ± 0.02 to 1.31 ± 0.14) (Zheng and Hintelmann, 2009)

and photoreduction of MeHg (slope = 1.36 ± 0.02) (Bergquist

and Blum, 2007). Experiments investigating reactions influenced

by the nuclear volume effect (NVE) showed different

characteristic slopes of 1.61 ± 0.06 for abiotic reduction of

Hg(II) by DOM (Zheng and Hintelmann, 2010b) and 1.54 ±

0.22 for equilibrium fractionation between dissolved Hg(II)

species and thiol-bound Hg (Wiederhold et al., 2010) which is

close to the theoretically predicted value of 1.65 for NVE

(Wiederhold et al., 2010). Applying this slope as diagnostic

tool in stream sediments, Washburn et al. (2019) suggested

that Hg in the investigated rivers was influenced by Hg

photoreduction (observed Δ199Hg/Δ201Hg slopes of 1.57 ±

0.49 and 1.40 ± 0.27). In our study the slope of the

orthogonal regression (York et al., 2004) of the relationship

between Δ199Hg and Δ201Hg of all sediment samples (fine and

bulk) is 1.58 ± 0.23 (Figure 4C). The slope of separate regressions

for the bulk sediments only (1.57 ± 0.31) and the fine fraction

only (1.62 ± 0.34) showed similar trends. For hotspot and

downstream samples this slope indicates an influence of

processes involving isotope fractionation influenced by NVE

rather than photoreduction. The slope of the regression for

the tributary samples only however is 0.95 ± 0.70, closer to

values reported for Hg affected by photochemical reduction

(Bergquist and Blum, 2007; Zheng and Hintelmann, 2009).

Microbial reduction of Hg(II) to Hg(0) (Kritee et al., 2008,

2013), photochemical reduction by organic compounds

(Zheng and Hintelmann, 2010a; Motta et al., 2020) and dark

abiotic reduction (Zheng and Hintelmann, 2010b) are known to

impart MDF as well as MIF. However, the PTD results do not

indicate the presence of Hg(0) in the sediment samples. The fact

that Hg(0) is not present in the sediments does not entirely

exclude an influence of reduction processes because Hg(0) could

easily volatilize to the atmosphere. The effects of reduction

processes would nonetheless be detectable in the remaining

Hg pool in sediments by causing a shift towards heavier

δ202Hg values along the flow path as reduction of Hg(II) leads

to an enrichment of light isotopes in the produced Hg(0) fraction.

This is opposite to the observed shift towards lighter isotopic

composition in downstream samples.
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Formation of Hg(0) in the aquifer of this site has been

demonstrated (McLagan et al., 2022b) and in certain groundwater

wells at the contamination site Hg(0) has been detected (Richard

et al., 2016b) which could potentially exfiltrate to the stream despite

the dominant species being inorganic Hg(II). Data on isotope

fractionation during Hg(0) oxidation in aqueous systems is still

limited, but dark abiotic oxidation of dissolved Hg(0) has been

shown to enrich heavier isotopes in the oxidized Hg(II) and shift

Δ199Hg to more negative values (Zheng et al., 2019). Exfiltration of

Hg(0) and subsequent oxidation is therefore an unlikely cause of the

observed negative δ202Hg values in downstream sediment samples

and the minor offset in Δ199Hg towards more positive values.

The groundwater at the investigated site showed changing

redox states, and the importance of hydrous ferric oxides for the

retention of Hg in parts of the adjacent groundwater aquifer has

been demonstrated by Richard et al. (2016a). If dissolved Fe(II)

exfiltrates with anoxic groundwater it will rapidly precipitate as

ferrihydrite and other poorly-crystalline hydrous ferric oxides

with a large reactive surface when it enters the well-mixed oxic

stream water. These Fe-phases can function as a temporary sink

for Hg through sorption and co-precipitation. Hg(II) sorption to

goethite as a model compound for Fe-oxides under equilibrium

conditions was reported to cause an overall δ202Hg fractionation

of ~−0.4‰ (Jiskra et al., 2012). In experiments, the precipitation

of metacinnabar (β-HgS) and montroydite (HgO) caused an

enrichment of light isotopes in the precipitates relative to the

dissolved fraction by a factor of up to −0.63‰ (Smith et al.,

2015b). Immediate precipitation of a small fraction of Hg

exfiltrating from groundwater as HgO or β-HgS could also

cause hotspot sediments to have a slightly lighter isotopic

composition than the exfiltrating groundwater, shifting the

isotope ratios in the observed direction. However, the release

curves of the PTD do not indicate the presence of HgO or β-HgS

in the sediment samples (except for S02 to a minimal extent). If

Hg precipitated, then more likely as co-precipitates with hydrous

ferric oxides. A large fraction of Hg in the hotspot sediments is

extracted in steps F4 and F5, the steps in which the majority of Fe

is extracted, and thus in which Hg associated with Fe-oxides is

expected to be released (Supplementary Figure S3.1). The

determined equilibrium fractionation factors are however not

large enough to explain the large extent of fractionation observed

in the downstream sediments solely based on equilibrium

sorption to Fe oxides or precipitation of Hg as HgO or β-
HgS. Precipitation of Hg with mineral phases and subsequent

sorption on these mineral phases is rather expected directly after

the exfiltration of contaminated groundwater in the hotspot area

immobilizing Hg in sediments in the hotspot section without

causing a large shift in isotopic composition.

Organic matter is one of the primary parameters controlling

Hg sorption and mobility in natural aquatic systems due to the

formation of extremely strong ionic bonding between Hg and

reduced sulfur (S) or thiol groups (-SH) commonly present in

aquatic organic matter (Ravichandran, 2004; Skyllberg et al.,

2006; Wang et al., 2022). Mercury exfiltrating as inorganic Hg(II)

with contaminated groundwater is expected to rapidly bind to

organic sorption sites in the bottom sediments as well as algae

and biofilms. However, it has been suggested that Hg in highly

contaminated areas is also adsorbed onto mineral fractions of

sediments because high-affinity organic matter sorption sites are

rapidly saturated by high Hg concentrations (Hissler and Probst,

2006). Similarly, high-affinity sites associated with colloidal

DOM may quickly become saturated after initial exposure and

the remaining Hgmay become associated with lower affinity sites

and larger particulates (Washburn et al., 2017). The high THg

concentrations in hotspot sediments suggest rapid removal of Hg

from the water phase by sorption of Hg to the bottom sediments.

Relative proportions in SEP indicate the formation of poorly

soluble high-concentration Hg pools (released in SEP steps

F4 and F5) in that section of the stream, but the absolute pool

size of F3 is also larger in the hotspot sediments compared to

downstream sediments highlighting the importance of organic

matter in the retention of Hg in the hotspot section. Sorption of

Hg to organic matter is expected to cause isotope fractionation as

shown by equilibrium sorption experiments of dissolved Hg(II)

on thiols which is associated with an enrichment of light isotopes

(δ202Hg) in the sorbed fraction in the range of −0.53‰ (for

HgCl2) and −0.62‰ (for Hg(OH)2) (Wiederhold et al., 2010).

Like sorption to goethite, the enrichment factors for equilibrium

sorption to functional groups (thiol, carboxyl) of organic matter

alone are not large enough to explain the negative δ202Hg values

observed in downstream sediments. Exchange experiments

between dissolved Hg(II) species and solid bound Hg(II) on

carboxyl- and thiol-resins or goethite indicated that kinetic

effects may play an important role in metal isotope

fractionation during sorption (Jiskra et al., 2014). The

timeframe to reach equilibrium in these experiments was days

to several months depending on the properties of the dissolved

ligand phase. In a dynamic, open system such as Gutach stream,

the contact time of dissolved Hg(II) and sorption sites in the

bottom sediment is likely not sufficiently long to reach complete

equilibrium conditions. Thus, an influence of initial kinetic

effects on isotope fractionation during sorption and transport

of Hg in the water phase and suspended particles needs to be

considered.

Dissolved Hg concentrations in Gutach stream remain

elevated at downstream sampling locations (14.8–50.8 ng L−1;

Supplementary Table S6). There are two possible explanations

for these elevated dissolved Hg concentrations: 1.) The majority

of Hg remains in the liquid phase after the exfiltration of

contaminated groundwater in soluble forms or associated with

high affinity sorption sites of DOM and is transported in the

stream water over long distances. 2.) The contaminated bottom

sediments constantly release Hg and sustain elevated Hg

concentrations in stream water. In the first case most of the

released Hg remains in the liquid phase and only a small fraction

of Hg is sorbed to the bottom sediments. The observed shift
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towards negative δ202Hg values would result from preferential

sorption of light isotopes. The large extent of fractionation could

be explained by the short contact time which doesn’t allow the

establishment of equilibrium conditions (Jiskra et al., 2014). An

initial kinetic effect with minor re-equilibration can lead to a

larger extent of fractionation compared to equilibrium sorption

experiments. The removal of only a small pool of Hg enriched in

light isotopes would cause a minimal (negligible) change in the

isotope signature of the large remaining dissolved Hg pool that

cannot be analytically resolved in downstream samples.

In the second case, the Hg pool size in bottom sediments

needs to be large enough to constantly release Hg and sustain

elevated Hg concentrations in stream water. Our results showed

that the largest amount of Hg in Gutach stream sediments was

associated with the coarse fraction (61%–97%), similar to results

reported by Xu et al. (2021), Hissler and Probst (2006) and Smith

et al. (2015a). The proportion of Hg released from bulk sediments

in the water-soluble pool in downstream samples was higher

compared to hotspot samples, but still relatively small (4.3% ±

1.3%). The overall pool size of this labile Hg fraction in sediments

can nonetheless be large considering the overall mass of the

sediments. Crowther et al. (2021) hypothesized that abundant Hg

in strongly-bound fractions (F4 and F5 steps in SEP) may

continuously be remobilized, contributing small amounts of

Hg to both the weakly-bound Hg pools in sediments (F1 step

in SEP) and replenishing dissolved Hg in the stream water. A

similar redistribution of Hg in Gutach stream is plausible,

however the transformations of Hg binding forms observed in

PTD and SEP suggest that Hg is re-adsorbed to organic matter

(F3 in SEP) rather than the water-soluble pool. The Hg pool

mobilized from contaminated bulk sediments is expected to be

isotopically heavier to an extent similar to that expected from

equilibrium sorption experiments (δ202Hg difference 0.3‰ to

0.6‰) (Wiederhold et al., 2010; Jiskra et al., 2012). Leaching

experiments also showed that the labile Hg pools mobilized from

soils or mine waste (Stetson et al., 2009; Wiederhold et al., 2013;

Yin et al., 2013) and aquifer material from drill cores

contaminated with HgCl2 (Brocza et al., 2019; McLagan et al.,

2022b) were consistently enriched in heavier isotopes compared

to bulk samples. Water extracts of contaminated sediments in

Grigg et al. (2018) and Crowther et al. (2021) however were not

significantly different from bulk sediments showing that the

extent of Hg fractionation during leaching is site-specific,

depending on Hg speciation, geochemical conditions and

spatial heterogeneity. The limited data of isotope ratios in SEP

extracts in this study showed that both the F1 and F3 extracts of

the most contaminated sediment samples (S05 and S02) had a

heavier δ202Hg value compared to the bulk sample

(Supplementary Figure S3.3) suggesting that Hg mobilized

and re-adsorbed is indeed isotopically heavier and the Hg

associated with the bulk sediments isotopically lighter.

Complementary to MDF, sorption of Hg in equilibrium

experiments was also associated with a small extent of odd-

mass MIF related to NVE, resulting in a Δ199Hg/Δ201Hg slope of

1.54 (Wiederhold et al., 2010). This is consistent with the results

of sediment samples in this study. The extent of mass dependent

enrichment of heavy isotopes is however again smaller (<1‰
difference) than the differences observed in the stream sediments

and can only explain the observed variation when particle size

and transport effects are included.

The redistribution of Hg to organic matter is likely also a

redistribution to the finer sediment fractions due to the increase

in specific reactive surface area with decreasing grain size (Kelly

and Rudd, 2018; Dickson et al., 2019; Xu et al., 2021). The

sediment fine fraction has often been observed to contain

higher THg concentrations than bulk sediments (Kelly and

Rudd, 2018). Previous studies also found slight differences in

Hg isotopic composition between sediment size fractions, with

the fine fraction exhibiting less negative δ202Hg values than the

coarse fraction (Donovan et al., 2014; Smith et al., 2015a). This

difference was attributed to the input of Hg from isotopically

distinct sources (contaminated streambanks and soils) that

contribute to sediment size fractions to a different extent.

While this may also be the case for sediments at our study

site, including sediments from tributary streams not affected by

direct industrial contamination that also exhibit a large offset

between δ202Hg values of the size fractions, we propose that the

in-situ redistribution of Hg from the bulk sediments to organic

matter in the fine fractions also leads to the isotopic difference

between the size fractions which was observed in some samples

(Figure 4). The differences between the size fractions are

however not as pronounced and consistent as could be

expected from this process because of preferential

mobilization and removal of the fine fraction. It has been

demonstrated that hydrological conditions can have an effect

on Hg speciation in suspended matter of rivers (Lin et al., 2011;

Baptista-Salazar et al., 2017; Yu et al., 2022). Particles of

different size and composition exhibit different settling and

resuspension behaviors, with the finer particles remaining

suspended in water for much longer and being transported

further (Kelly and Rudd, 2018). This can cause a separation of

different Hg binding forms associated with these particles

(Riscassi et al., 2016; Baptista-Salazar and Biester, 2019; Nair

et al., 2022). Similar to the findings of Demers et al. (2018) that

the suspended sediment load is “spiraling” downstream as it is

deposited and resuspended from streambed biofilm, the

sediment fine fraction is expected to act as a transport vector

for Hg in Gutach stream. The observed difference between the

hotspot section and the downstream sediments can also be

attributed to the particle transport regime, which changes

shortly after the Gutach stream and the Josbach stream

converge. The hotspot section is relatively flat and right after

the weir of the artificial Okalsee pond which will reduce the

mobilization of coarse sediment in this section compared to the

downstream section. The coarse fraction, and with it the largest

Hg pool in Gutach stream, is expected to only be transported in
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the hotspot section during high discharge periods [~10 times

per year (Ortlepp, 1997)]. Mercury associated with finer

particles however can be more easily resuspended and

transported during the prevalent low to moderate flow

conditions. This difference in transport velocities between

the sediment size fractions leads to a separation of these

pools with an isotopic fractionation behavior that is different

from what would be expected in a closed system batch

experiment without transport. The continuous replenishment

of fine sediment and suspended particulate matter during

regular flow conditions in the downstream section and

redistribution of Hg to organic matter in this sediment

fraction removes the product of the partitioning process. In

comparison to equilibrium fractionation, the extent of

fractionation in systems with continuous removal of the

product can be much larger. For such systems with removal

of the reaction product a Rayleigh fractionation model

describes the extent of fractionation more accurately and

using the fractionation factors determined for equilibrium

sorption processes in a Rayleigh model shows that the

observed offset of about −2‰ in the remaining pool is

possible if a very large relative fraction of Hg (~95%) has

been redistributed and removed. Considering the much

lower THg concentrations in downstream samples compared

to hotspot samples, the removal of a large proportion of Hg

from the sediments by partitioning processes, redistribution

and preferential transport of remobilized Hg from sediment

components which were previously affected by isotope

fractionation between different components of the sediment

is another possible explanation for the observed changes in Hg

binding forms and isotope values (a conceptualization of this

redistribution and fractionation mechanism is presented in

Figure 6).

The observed change in Hg binding forms during the

transport of Hg in Gutach stream may have implications for

the methylation potential of Hg transported further downstream

of the former HgCl2 source. Methylation rates and bioavailability

potentials are known to span over a large range depending on the

binding form of Hg in sediments and local geochemical

conditions (Jonsson et al., 2012; Zhang et al., 2019; Xu et al.,

2021) and the amount of Hg removed in the F3 fraction has been

reported to be correlated with Hg methylation potential for

FIGURE 6
Conceptual model of the proposed mechanisms leading to the observed light δ202Hg values in downstream sediments after the exfiltration of
contaminated groundwater (GW) into the stream. Briefly, the processes involved include rapid sorption to the solid phase (including lower affinity
sorption sites) after exfiltration of contaminated groundwater to the stream. Mercury is then mainly transported with particulate matter during high
discharge events. Partitioning processes lead to a redistribution of Hg during the further transport, mobilizing Hg from the particulate phase and
re-adsorbing to high affinity sites such as organic matter or fine fraction. The partitioning of Hg between the solid and liquid phase leads to isotopic
fractionation and an enrichment of light isotopes in the residual phase. Hg re-adsorbed from the heavier pool is preferentially transported within the
stream, leading to a large extent of Hg isotope fractionation in the residual Hg pool. Please note that this is a simplified visualization and not all
potentially relevant components and processes are depicted.
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aquatic sediments (Bloom et al., 2003; Brooks et al., 2017). The

redistribution of Hg to organically bound Hg in downstream

samples may therefore indicate a greater potential for Hg

methylation and subsequent accumulation in the aquatic

food web.

5 Conclusion

This study demonstrates that Hg released as highly soluble

HgCl2 from a contaminated site is rapidly sorbed to stream

sediments and can be retained long-term followed by particulate

transport and redistribution within the sediment. The observed

large shift to negative δ202Hg values in Gutach sediments

downstream of the contaminated site stream could not be

explained by conservative binary mixing models using

industrially derived Hg from the former kyanization facility

and natural background endmembers. All tested scenarios

resulted in a large underestimation of the industrial

contribution. More likely, transformation of Hg binding forms

as indicated by the analysis of Hg binding forms together with

transport processes have caused the large extent of isotopic

fractionation. Based on the observed MDF and MIF

signatures, we were able to conclude that several potentially

relevant in-stream processes, which would lead to a

fractionation causing an enrichment of heavy isotopes in the

sediments such as methylation, precipitation or (photo-)

reduction and evaporative losses to the atmosphere, were not

able to influence the Hg budget in the studied stream system to a

significant extent. The rapid sorption of Hg to the sediments is

expected to retain a large fraction of the released Hg in the bulk

sediments which is only transported during high discharge

events, while Hg mobilized and re-adsorbed to organic matter

in fine sediment fractions is expected to be removed also under

the prevalent low to moderate flow conditions. This

redistribution of Hg in the sediments results in an offset of

δ202Hg between bulk and fine sediments. The large extent of

isotopic fractionation between hotspot and contaminated

downstream sediments is proposed to be a combination of

kinetic effects during the redistribution with the preferential

transport of the fine fraction and the removal of the

redistributed fraction preventing re-equilibration. These

findings highlight the importance of processes governing the

isotopic composition of environmental samples such as stream

sediments impacted by a single point source of contamination

and the apparent limitations of the application of conservative

mixing models using Hg isotopes. Furthermore, the observed

change in Hg binding form has implications for the potential of

Hg to become available for methylation and subsequent

accumulation in the aquatic food web. The combination of

methods used in this study allowed to narrow down the

processes leading to the observed large extent of Hg isotope

fractionation. Given the complexity of the system and the

influence of many different (biogeo)chemical and physical

processes occurring simultaneously in a natural stream

environment the exact allocation of governing processes is

challenging and the proposed mechanisms still need to be

verified and confirmed in future studies. Ideally, the sampling

and isotopic analysis should target multiple sample matrices such

as stream water, suspended particulate matter, and potentially

biota, in addition to sediments. Although stream sediments may

potentially provide an integrated record of past Hg releases from

industrial sites, the interpretation of sediment Hg isotope data is

complicated because the age (time of deposition) of a collected

sediment sample is usually unknown as well as due to the

difficulty of establishing mass balance estimates of Hg pool

sizes and fluxes in such heterogeneous natural systems where

transport is often dominated by hydrological extreme events.

Concerning the interpretation of Hg isotope data, a more

comprehensive understanding of the Hg isotope effects of

certain processes is still lacking [e.g., (de)sorption and

complexation under kinetically controlled conditions] and

experiments under environmentally relevant conditions are

needed to link field observations to laboratory studies. While

SEP and PTD provide a useful general picture of dominant Hg

binding forms, advances in spectroscopic techniques may allow

obtaining more detailed information of the Hg speciation in

environmental samples (e.g., Poulin et al., 2016; Xu et al., 2021;

Nehzati et al., 2022) which in turn could potentially provide further

insights into the mechanisms and processes involved. Moreover,

recent advancements in analytical methods and sample preparation

enable the analysis of Hg isotope ratios in many different matrices

(e.g., water, suspended particulate matter, biota), also at very lowHg

concentrations (e.g., Janssen et al., 2019; Yang et al., 2022) as well as

species specific Hg isotope analysis (e.g., Rosera et al., 2022; Bouchet

et al., 2022). We therefore recommend that the design of future

process-oriented studies on the behavior and fate of Hg at

contaminated sites and surrounding environmental systems

should take advantage of these recent analytical advances and

include the investigation of multiple sample matrices and the

combination of different methods approaches to elucidate and

disentangle the intricate mechanisms and processes controlling

environmental Hg cycling.
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Ecosystems downstream of mercury (Hg) contaminated sites can be impacted by
both localized releases as well as Hg deposited to the watershed from atmospheric
transport. Identifying the source of Hg in water, sediment, and fish downstream of
contaminated sites is important for determining the effectiveness of source-control
remediation actions. This study uses measurements of Hg stable isotopes in soil,
sediment, water, and fish to differentiate between Hg from an abandoned Hg mine
from non-mine-related sources. The study site is located within the Willamette River
watershed (Oregon, United States), which includes free-flowing river segments and a
reservoir downstream of the mine. The concentrations of total-Hg (THg) in the
reservoir fish were 4-fold higher than those further downstream (>90 km) from the
mine site in free-flowing sections of the river. Mercury stable isotope fractionation
analysis showed that the mine tailings (δ202Hg: −0.36‰ ± 0.03‰) had a distinctive
isotopic composition compared to background soils (δ202Hg: −2.30‰ ± 0.25‰).
Similar differences in isotopic composition were observed between stream water
that flowed through the tailings (particulate bound δ202Hg: −0.58‰; dissolved:
−0.91‰) versus a background stream (particle-bound δ202Hg: −2.36‰; dissolved:
−2.09‰). Within the reservoir sediment, the Hg isotopic composition indicated that
the proportion of the Hg related tomine-release increased with THg concentrations.
However, in the fish samples the opposite trend was observed—the degree of mine-
related Hg was lower in fish with the higher THg concentrations. While sediment
concentrations clearly show the influence of themine, the relationship in fish is more
complicated due to differences inmethylmercury (MeHg) formation and the foraging
behavior of different fish species. The fish tissue δ13C and Δ199Hg values indicate that
there is a higher influence of mine-sourced Hg in fish feeding in a more sediment-
based food web and less so in planktonic and littoral-based food webs. Identifying
the relative proportion of Hg from local contaminated site can help inform
remediation decisions, especially when the relationship between total Hg
concentrations and sources do not show similar covariation between abiotic and
biotic media.
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1 Introduction

Mercury (Hg) is a pollutant of global concern due to its widespread
atmospheric distribution and potential to impact remote areas (Obrist
et al., 2018). Aquatic ecosystems exposed to Hg pollution are also often
susceptible to the conversion of inorganic Hg to methylmercury
(MeHg) by anaerobic microorganisms, which is modulated by Hg
bioavailability, carbon sources, and terminal electron acceptor
concentrations (e.g., sulfate, ferric iron) (Bravo and Cosio, 2020).
After formation, MeHg is readily bioaccumulated in aquatic food
webs, resulting in fish consumption advisories across the United States
(US) and globally (Munthe et al., 2007). Mitigating Hg contamination
and subsequent fish consumption advisories can be extremely difficult,
particularly because Hg can enter the environment via numerous
routes. In addition to inputs of atmospheric Hg, there are also local
sources of Hg pollution that can contribute to Hg exposure and risk
(Eckley et al., 2020). In the western US, there are hundreds of
thousands of Hg contaminated sites that have contributed to
elevated fish MeHg concentrations, often including defunct
facilities such as abandoned mines and former industrial/
manufacturing plants (Alpers et al., 2016; Eagles-Smith et al., 2016c).

Distinguishing the relative contributions of Hg from multiple
sources that have accumulated in fish is complicated by differences
in inorganic Hg bioavailability for methylation. The elevated Hg
concentrations released from mining areas often have lower
bioavailability than atmospheric sources (Suchanek et al., 2008;
Eckley et al., 2017), though this is not the case for all types of
contaminated sites (Janssen et al., 2021b). Uncertainties regarding
the sources of MeHg that accumulates in fish obfuscates setting
meaningful remediation goals at contaminated sites. Due to the
unique biogeochemical conditions in a waterbody that govern how
much MeHg is produced, it is very difficult to identify what
“background” levels would be in the absence of releases from a local
point source (Watras et al., 1995). As a result, a major challenge exists in
determining the proportion of MeHg in fish that originated from local
releases versus other sources such as atmospheric deposition. This is
further complicated when the point of concern about elevated Hg in fish
occurs many kilometers downstream (e.g., a reservoir or estuary) from
the location of releases from a contaminated site (i.e., the abandoned
mine or industry) (Park and Curtis, 1997; Foucher et al., 2009; Baptista-
Salazar and Biester, 2019). As such, there remains large uncertainty
regarding how far downstream from a contaminated site the fish Hg
levels are impacted from a particular industrial source. Source
attribution is further complicated by the multiple variables that
influence the amount of Hg that accumulates in fish tissue, which
includes the uptake and biomagnification of MeHg within the aquatic
foodweb (Eagles-Smith et al., 2016a).

An approach used to help understand the cycling and sources of
Hg in the environment involves the analysis of the fractionation of Hg
stable isotopes (Blum et al., 2014; Yin et al., 2014). During kinetic and
equilibrium reactions, Hg isotopes undergo mass dependent
fractionation (MDF), which is commonly represented utilizing
δ202Hg (Blum and Bergquist, 2007). Mass independent
fractionation (MIF) can also occur due to magnetic isotope and
nuclear volume effects (Bergquist and Blum, 2007; Zheng and
Hintelmann, 2010a; Zheng and Hintelmann, 2010b) and is most

commonly observed in the odd-isotopes (199Hg and 201Hg).
Separate to these processes and commonly detected first in
atmospheric media, MIF of multiple isotopes occurs but due to
complicating factors arising from odd-isotope MIF, are reported as
even-isotope MIF (200Hg and 204Hg) (Fu et al., 2021) but the precise
mechanisms are not well agreed upon. While MDF is often used to
trace sources and processes, MIF is commonly used to identify
photochemical reactions in aquatic environments (Bergquist and
Blum, 2007; Zheng and Hintelmann, 2010a).

This study was designed to assess the potential contributions of point
sourceHg tofish tissue downstream froma historicalmining site, the Black
Butte mine. To effectively resolve mixed Hg sources and bioaccumulation
differences driven by habitat, we used an integrated approach of examining
foodweb dynamics alongside abiotic fate and transport processes.We were
specifically interested in testing the hypothesesis that fish in the river/
reservoir system are impacted by releases of Hg sourced from Black Butte
mine. This hypothesis was addressed by utilizing stable Hg isotope values
in mine-site materials and downstreamwater, sediments, and fish tissue to
assess the impacts of legacy contamination in the upper watershed on
downstream fish concentrations. The holistic approach of examining
multiple matrices for Hg stable isotopes will also provide valuable
insight on how Hg is transformed through watershed transport away
from contaminated point sources.

2 Materials and methods

2.1 Site description

The study area focuses on Black Butte mine and its downstream
waterbodies, which are located within Oregon, United States

FIGURE 1
Map showing locations where samples were collected. Fish were
collected over a larger geographic area than the abiotic parameters (soil,
sediment, and water). Colors denote collection locations of different
matrices. Circles represent locations downstream of the mine and
diamonds represent background samples.
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(Figure 1). Black Butte mine is a historical Hg mine and smelter that
operated from the 1890s to the 1960s. The operation produced
approximately 635,000 kg of Hg and over 200,000 m3 of waste.
There are three general types of mine-waste present at the site:
Tailings that were generated from an older furnace (operated until
1909), tailings generated from a newer furnace, and mine waste
material that was not processed (e.g., waste rock that was removed
during the mining process but did not contain sufficient Hg to be sent
to a furnace).

Furnace Creek drains directly through the mine tailings and flows
into Little River and then the Coast ForkWillamette River 2 km further
downstream. At approximately 15 km downstream of Black Butte mine
is the Cottage Grove Reservoir. This study focuses on the reservoir
because it contains some of the highest fish tissue Hg concentrations
within this region and is a popular fishing destination (Ambers and
Hygelund, 2001; Curtis et al., 2013). Previous studies have focused on
Hg methylation dynamics within the reservoir (Eckley et al., 2015;
Eckley et al., 2017); however, that work did not address the relative
proportion of Hg that originated from the legacy mine site. Sampling of
fish extended beyond Cottage Grove Reservoir to identify if there are
potential impacts on fish isotopic Hg compositions over 90 km
downstream of the mine site in the Willamette River.

The water level of Cottage Grove Reservoir varies significantly
throughout the year because it is managed to control flooding. At full
pool conditions (24 m at its deepest during May to September), vegetated
wetland areas along the edges of the reservoir become inundated with
water, covering approximately 8% (~36 ha) of the total surface area of the
reservoir during the summermonths (Eckley et al., 2017). To have storage
capacity to prevent flooding, the reservoir water level is lowered before the
part of the year that experiences higher rainfall (September through
April). During the low pool conditions, over 60% of the reservoir area is
exposed sediment and the dried wetlands are not directly hydrologically
connected to the reservoir through surface water. During dryer years, the
reservoir may not have enough inflow discharge to reach or maintain full
pool conditions. If the reservoir does not fill up to reach a maximum
depth over 19 m, then the wetland areas may remain dry and
disconnected from the reservoir surface water.

2.2 Sample Collection

2.2.1 Fish collection
Fish were sampled from 11 locations within Cottage Grove

Reservoir between June and August 2011, 2013, and 2014, and
from seven downstream locations in the Willamette River in 2011.
Fish were collected using a combination of beach seining and gill nets.
Upon sampling, each fish was identified, measured to the nearest mm
using a fish board, and frozen within 24 h in a uniquely labeled
polyethylene zip close bag.

To estimate spatial and temporal variability in fish Hg
concentrations, young-of-year (YOY) individuals (<100 mm) were
sampled. The YOY fish collection focused on several species:
Largemouth Bass (Micropterus salmoides), Northern Pikeminnow
(Ptychocheilus oregonensis), Brown Bullhead (Ameiurus nebulosus),
and Black Crappie (Pomoxis nigromaculatus). With the exceptions of
Northern Pikeminnow, larger fish (>200 nm) of these species were
also collected from the reservoir. Other adult fish species collected in
the reservoir include: Yellow Perch (Perca flavescens), Bluegill
(Lepomis macrochirus), and rainbow trout (Oncorhynchus mykiss).

2.2.2 Water collection
Water samples were collected between January 2017 and October

2019 at five locations that receive mine-related Hg inputs and one
location located upstream. At the time of sampling, Furnace Creek ran
directly through mine tailings and represented a purely mine-
influenced waterbody (remediation actions have occurred in this
watershed after sampling was conducted). Samples from Furnace
Creek were used as a mine-signature endmember during mixing-
model analysis (described in the Supplementary Material). Water was
collected from one location on Little River 1.5 km downstream of the
inputs from Furnace Creek and then further downstream (9 km) at on
the Coast ForkWillamette River (at the London USGS gaging station).
Water was collected within the Cottage Grove Reservoir and directly
downstream of the reservoirs in the Coast Fork Willamette River. In
addition, one location was sampled upstream (~3 km) of the mine-site
on Garoutte Creek to obtain a background Hg concentrations and
endmember isotopic signatures.

For the total-Hg (THg) analysis, between 0.5 and 20 L of water
were collected at each location depending on the THg concentration
following standard clean-hands dirty hands techniques using a
peristaltic pump and Teflon sample line. The larger sample
volumes were collected for Hg stable isotope measurements. An in-
line filtration (0.45 µm disposable synthetic polymer filter capsule) was
attached to the Teflon tubing for the collection of filtered samples
(F-THg). All water samples were preserved immediately following
collection (12 N trace metal grade hydrochloric acid (HCl); 0.5%
acidification). Particulate-bound total-Hg (P-THg) was collected on
the 0.45 µm filter and frozen following collection.

2.2.3 Sediment and soil collection
Soil samples were collected in October 2016. The soils were

collected from 11 locations at the mine site and from two nearby
background locations (<1 km from the historic mine operations). At
each sample location, 60 individual samples were collected (0–15 cm
depth—after removing the surface leaf litter layer) using a disposable
plastic scoop from three 100-m transects (one sample collected
approximately every 5 m). These samples were combined into a
single composite which was sieved to <1.5 mm. Samples were
stored in new double Ziploc bags.

Sediment samples were collected in May 2019. Sediment core
samples were collected from seven locations within Cottage Grove
Reservoir and from one background location upstream of the reservoir
onWilliams Creek. The sediments were collected using a gravity corer
(polycarbonate cores, 9 cm diameter) deployed from a boat in Cottage
Grove Reservoir, while the background location was shallow enough
where the core was directly inserted into the sediment by hand. Each
sediment core was sectioned using an incremental core extruding
apparatus such that the top 4 cm were removed using a plastic spatula
and transferred to a 4oz glass sample container. All soils and sediments
were kept on ice in the field and frozen until analysis.

2.3 Sample Analysis

2.3.1 Mercury concentration analyses
At the USGS Forest and Rangeland Ecosystem Science Center in

Corvallis, OR, each fish was rinsed with deionized water, blotted dry,
measured for standard length (±1 mm), and weighed (±1 0.001 g).
Fish were then dried to a constant weight (50°C for at least 48 h),
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cooled to room temperature in a desiccator cabinet, and weighed again
(± 10.001 g). Dried samples (either whole fish or fillets) were
homogenized using stainless steel scissors and a porcelain mortar
and pestle and stored in a desiccator cabinet until mercury
determination. Total Hg concentrations were measured for each
fish sample following EPA method 7473 on a Milestone tri-cell
DMA-80 Direct Mercury Analyzer (Milestone Inc., Shelton,
Connecticut, United States). Quality assurance measures included
analysis of two certified reference materials [either fish muscle
tissue (DORM-4; National Research Council of Canada, Ottawa,
Canada) or lobster hepatopancreas (TORT-3; National Research
Council of Canada, Ottawa, Canada)], two system and method
blanks, and two duplicates per batch of 40 samples. Recoveries
averaged 104.3% ± 1.44% (n = 32) and 100.2% ± 1.7% (n = 52) for
certified reference materials and calibration checks, respectively.
Absolute relative percent difference for duplicates averaged 4.6% ±
1.0% (n = 39).

2.3.2 Mercury stable isotopes
Mercury stable isotope measurements were performed by the

USGS Mercury Research Laboratory (Madison, WI, United States)
using the same methods as described in pervious publications (Lepak
et al., 2019; Janssen et al., 2021a). A subset of all fish collected were
analyzed for Hg stable isotopes, which are shown in Supplementary
Table S1. Sediment and fish samples were acid digested (90°C for
8–10 h) prior to isotope analysis. The fish were acid digested using
concentrated nitric acid (HNO3) followed by a bromine monochloride
(BrCl) addition (10% v/v) and the sediments were digested using an
aqua regia solution (3HCl:HNO3). Sample digests were diluted prior
to isotope analysis (<10% acid and 0.5–1.2 ng mL−1 Hg). The certified
reference materials (CRMs) used for sediment (IAEA SL-1 = 137 ±
3.1 standard deviation (1SD), 105% average recovery, n = 3 and NIST
1944 = 3,503 ± 62, 103% average recovery, n = 6), and fish (IAEA 407 =
213 ± 5, 1SD, 99% average recovery, n = 7) had acceptable
concentration recoveries.

The Filtered-THg (F-THg) samples were processed using a
modified resin pre-concentrated using an AG1-X4 (Chen et al.,
2010; Štrok et al., 2014). Additional pre-treatment was needed to
oxidize dissolved organic matter, which included an addition of 0.1%
sodium persulfate followed by heating for 24 h at 55°C. After the initial
sodium persulfate treatment, samples were oxidized with BrCl (1% v/
v). The amount of THg within the sample was compared to the
amount recovered post-processing to determine the percent recoveries
for preconcentrated F-THg (107% ± 13%, 1SD, n = 6). Capsule filters
containing suspended particulate matter were cut open using a heated
nichrome wire and digested for particulate-THg (PTHg) in a 30% BrCl
solution. The digests were heated for 14 days at 55°C before pre-
concentration using a purge and trap method coupled to an oxidant
trap (Janssen et al., 2019a). Percentage recoveries for P-THg were
calculated by comparing the digestate to the final pre-concentrated
oxidant trap (97% ± 7%, 1SD, n = 6).

A multicollector inductively coupled plasma mass spectrometer
(MC-ICP-MS, Thermo Scientific Neptune Plus) was used for Hg
stable isotope analysis. All solutions were diluted to 0.5–1 ng·mL-1

and <10% acid content. Samples were analyzed using standard-sample
bracketing (Blum and Bergquist, 2007) with NIST 3133 and secondary
standard NIST RM 8610 (UM Almaden) was analyzed every five
samples, all solutions were matched within 10% Hg content and 1%
acid content. Sample solutions were introduced into the instrument

using stannous chloride reduction coupled to a custom-designed gas
liquid separator, described elsewhere (Janssen et al., 2019a). For mass
bias correction during analysis, a thallium standard (40 ng/ml, NIST
997) was simultaneously introduced into the gas liquid separator as an
aerosol using an Apex-Q desolvating nebulizer. The MC-ICP-MS was
tuned for optimal signal strength and stability for the analysis of Hg
isotopes (1v202Hg~ 1 ng·mL−1 of Hg). Instrument accuracy and
precision were assessed by the NIST 8610 values (δ202Hg = −0.52 ±
0.07, Δ199Hg = −0.02 ± 0.05, Δ200Hg = 0.01 ± 0.04, 2SD, n = 80), which
agreed with the reference values. In addition, CRMs were analyzed
within every sample batch (every five samples) to ensure digest
efficiency. The secondary standard and the certified reference
materials produced values in agreement with published literature
(Blum and Bergquist, 2007; Estrade et al., 2010; Lepak et al., 2018)
(see Supplementary Table S2).

2.3.3 Carbon and nitrogen stable isotopes
Analysis of carbon (C) and nitrogen (N) stable isotope ratios was

conducted at the Great Lakes Toxicology and Ecology Division
laboratory in Duluth (MN). Fish were dried (50°C for >24 h) and
homogenized prior to analysis. Analysis was conducted using a
Costech 4010 Elemental Analyzer, coupled to a Thermo Delta Plus
XP isotope ratio mass spectrometer. Analytical error was based on the
standard deviation of replicate lab standards and was ±0.2‰ for δ15N
and ±0.1‰ for δ13C. To correct for the negative bias in δ13C values
associated with increasing lipid content, a mass-balance approach
based on fish tissue C:Nmolar ratio was used to correct δ13C values for
lipid content (expressed as δ13Clipid-free; fish C:N ratios ranged 3.6–5.2)
(Hoffman et al., 2015).

2.3.4 X-ray absorption fine structure (XAFS) analysis
The speciation of Hg in the soils and tailings samples was

determined by extended X-ray absorption fine structure (EXAFS)
using methods described in detail elsewhere (Eckley et al., 2021). The
spectra from the samples were compared to reference materials that
included cinnabar, metacinnabar, elemental Hg, HgCl2, Hg(NO3)2
(aq), Hg2+ -cysteine solution complex, Hg2+-histidine solution
complex, and a Hg2+-citrate solution complex. The Hg L3-edge
spectra were recorded at the Materials Research Collaborative
Access Team (MRCAT) 10-ID line at the Advanced Photon Source
(APS) operated by the U.S. Department of Energy (DOE) at the
Argonne National Lab. The APS is a 7 GeV storage ring operating at
102 mA in top up mode. All samples and reference compounds
analyzed (except elemental Hg) were initially ground to pass a
75 µm sieve. The materials were then mixed with
polyvinylpyrrolidone and pressed into a 13 mm self-supporting
pellet using a hand-held pellet press. The subsequent pellets were
sealed between two pieces of Kapton® tape and stored at 4°C prior to
analysis. The elemental Hg sample was prepared placing a droplet of
Hg0 between two polyethylene sheets and compressing the sheets
together to disperse the droplet.

Incident X-rays were monochromatized using a cryogenically
cooled Si (111) monochromator and a 250 mm long second crystal.
A Si-coated flat harmonic rejection mirror was employed and a beam
size of 400 μm × 400 µm was used. Incident beam energy was
calibrated to the first derivative inflection point (12,284 eV) of
elemental Hg. The monochromator was swept over the energy
range 12,084 eV–13,084 eV at a rate of 1.5 eV per second. Data was
collected in both fluorescence and transmission mode simultaneously.
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Fluorescence data was collected using a Lytle Box purged with Ar gas.
A minimum of 10 and maximum of 20 scans were collected for each
sample. Merging of the spectra was first performed using LARCH,
followed by re-binning, background removal, and normalization using
the Demeter XAS software package (Ravel and Newville, 2005;
Newville, 2013).

2.3.5 Statistical analyses for fish tissues
For the three primary fish species sampled (Largemouth Bass,

Black Crappie, and Brown Bullhead) the fish were categorized as either
YOY or adult based upon their lengths because the sampling design
was heavily weighted towards the YOY size classes, and regression-
based size-adjustments of Hg concentrations spanning the entire size
spectra would introduce considerable bias. Prior to statistical analysis
with the YOY fish, THg concentrations were size adjusted within each
species using previously published methods (Eagles-Smith et al.,
2016a; Eagles-Smith et al., 2016b). The larger size classes of fish
were all very similar in size within species, so these samples did
not necessitate size adjustment.

The THg concentrations (size adjusted for YOY individuals) were
compared among species, size classes, and sites within Cottage Grove
Reservoir using a general linear model (GLM) with the above factors as
fixed effects. Because not all species were sampled across all years, the
temporal variability was examined using a separate mixed-effects
model that only included YOY Black Crappie and Largemouth
Bass, which were sampled across three different years. This model
included species, year, and a species × year interaction as fixed effects,
and site ID as a random effect. The interaction term suggested that the
two species may have had differing temporal responses (F2,17.96 = 2.95;
p = 0.07); therefore, the separate models for each species were used.
Finally, only YOY Largemouth Bass were sampled both within Cottage
Grove Reservoir as well as downstream of the reservoir in the
Willamette River. Size-adjusted concentrations between the
reservoir fish and the downstream riverine fish were compared
using analysis of variance. Calculations for the photochemical
correction of δ202Hg using Δ199Hg (referred to as δ202HgCOR) are
outlined in the Supplementary Material.

3 Results and discussion

3.1 Mercury levels in river and reservoir fish

Total Hg concentrations in fish from Cottage Grove Reservoir
ranged from 0.02 to 1.13 mg/kg wet weight (ww) across all species, size
classes, and sampling locations. While THg is being measured, it is
assumed that most of the Hg that has accumulated in the fish is MeHg
(Driscoll et al., 2007). Total Hg concentrations of fish larger than
200 mm (those commonly targeted for human consumption)
averaged 0.55 ± 0.07 mg/kg ww, and 65% of individuals exceeded
US EPA MeHg criterion for the protection of human health
(0.30 mg/kg ww). Within the reservoir, THg concentrations
differed among species/size class groupings (F8,37.8 = 31.5, p <
0.0001) and sampling sites (F10,106.6 = 71.0; p < 0.0001). After
accounting for site differences THg concentrations were highest in
adult Black Crappie and adult Largemouth Bass, and lowest in both
adult (>200 mm) and YOY (<52 mm) Brown Bullhead
(Supplementary Figure S1). There was substantial spatial variability
in fish THg concentrations across the reservoir. The highest

concentrations were measured in three locations close to the
reservoir inflow and were > 4-fold higher than the lowest sites
which were closest to the dam.

Whereas YOY Black Crappie showed no differences in THg
concentrations among years (F2,13.41 = 1.45; p = 0.27), Largemouth
Bass YOY THg concentrations differed between 2013 and 2014
(F1,2.04 = 22.61; p < 0.0001). Specifically, concentrations were 1.5x
higher in 2013 (0.017 ± 0.01 mg/kg ww) than in 2014 (0.11 ±
0.01 mg/kg ww). With only a few years of data its difficult to
determine the cause of the variations in fish THg concentrations
between years; however, it may be related to differences in MeHg
production impacted by reservoir water-levels and wetland
connectivity, which vary between wetter and drier years (Willacker
et al., 2016; Eckley et al., 2017).

Young-of-year Largemouth Bass was the only species collected
from both Cottage Grove Reservoir and downstream (>90 km) of the
reservoir in the Willamette River. Total Hg concentration in the
reservoir fish were 4-fold higher than those from the Willamette
River (F1,9.41 = 7.84; p = 0.02; Figure 2A). The higher Hg
concentrations in the reservoir fish compared to downstream could
be a function of higher Hg inputs from in the mine and/or enhanced
methylation processes occuring in a lentic compared to lotic system
(Eckley et al., 2015; Hsu-Kim et al., 2018).

3.2 The impact of sources and foodweb
dynamics on fish mercury levels

Mean δ13Clipid-free values ranged from −28.4‰ in YOY Brown
Bullhead to −25.4‰ in YOY Black Crappie (Figure 3A). This suggests
a food web difference among species, shifting from increasing
planktonic sources (low δ13C values) to increasing littoral sources
(high δ13C values) (Hoffman et al., 2007). Young-of-year Brown
Bullhead had the lowest mean δ15N value (4.27‰), whereas adult
Largemouth Bass and Black Crappie had the highest mean δ15N values
(8.56‰ and 7.85‰, respectively), indicating these fishes occupied the
lowest and highest trophic positions, respectively (Figure 3A). Total
Hg concentrations in fish fillet tissues were highly correlated with δ15N
values (F1,37 = 65.3; p < 0.0001; R2 = 0.64; Figure 3B), increasing
0.556 mg/kg ww from a δ15N value of 4‰–8‰.

The higher YOY Largemouth Bass Hg concentrations in the
reservoir compared to the free-flowing section of the river
(Figure 2A) may be related to the higher Hg concentrations in
water and sediment within the reservoir compared to downstream
(Hope, 2006; Eckley et al., 2015); but may also be related to changes in
Hg methylation and biomagnification related to shifting from a
reservoir environment to a free-flowing river (Willacker et al.,
2016; Hsu-Kim et al., 2018). However, because the comparison is
being made on YOY fish of the same species, the impact of differences
in foraging behavior would be very limited.

3.3 Characterizing the mercury isotopic
composition in an upstream source area

Background soil samples collected from outside of the mining area
had high mean Hg concentrations (1.6 μg/g) reflecting that the mine is
situated within a naturally geologically enriched area (Figure 4A). The
δ 202Hg values from the background soils were quite low (mean:
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−2.55‰), indicating that they were not influenced by direct inputs
from a mining/industrial source as seen in other contaminated sites
(Eckley et al., 2020). However, it is noted that highly negative values
for δ202Hg have been observed in cinnabar ore as well as other Hg
containing ore deposits (Smith et al., 2005; Smith et al., 2008). Given
the geology of the area and the high Hg concentrations within the
background soil, it is likely that the geogenic background of the region
is highly depleted with regard to the δ202Hg isotopic signature. The
background sediment sample was collected from outside of the
geologically enriched zone and has a much lower THg
concentration (0.23 μg/g) and a lower δ202Hg value (−1.81‰). The
difference in isotopic compositions between these two types of
background media may be related to differences in watershed
processing of the geogenic source that impact the δ202Hg isotopic
signature (e.g., redox shifts during mineralization, elemental versus
oxidized Hg inputs from air versus precipitation, etc.). It is difficult to
ascertain potential processing or source differences using δ202Hg
because of the large overlap between values for ore material (Smith
et al., 2005; Smith et al., 2008)and background reference values derived
predominantly from atmospheric deposition (Eckley et al., 2020).
However, examining Δ199Hg values indicates there is more
potential influence from terrestrial processing within the sediments
due to lower values (soils: 0.06‰; sediment: −0.41‰) (Figure 4B). It is
noted that no substantial differences were observed in Δ200Hg values
between the samples. Typically, negative Δ199Hg values have been
attributed to foliar uptake of gaseous elemental Hg (Demers et al.,
2013; Enrico et al., 2016), which may indicate the sediments are
reflective of mixed Hg sources (geogenic and atmospheric deposition),
supported by the lower concentrations, or a subset of geogenic Hg
pools are integrated and processed within the terrestrial environment,
such as through soil re-emission.

Compared to the background samples, the mine tailings had a
distinct δ202Hg value (−0.35‰ ± 0.05‰), which is over a span of two
‰ different from the background soils and is more aligned with direct
point sources measured at other contaminated sites (Eckley et al.,
2020). The Hg isotopic composition of the tailings that originated

FIGURE 2
(A): Comparison of least square mean (LSM ± standard error—SE) of YOY Largemouth Bass fish tissue THg concentrations between Cottage Grove
Resevoir (n = 14) and downstream sample locations in Willamette River (n = 38; fish length was a signficant covariate in the GLM analysis). (B): Comparison of
LSM ±SE of YOY fish tissue δ202Hg compositions between Cottage Grove Resevoir and downstream sample locations in Willamette River (fish species was a
significant covariate in the GLM analysis). (C): Comparison of LSM ±SE of YOY fish tissue Δ199Hg compositions between Cottage Grove Reservoir and
downstream sample locations in Willamette River (fish species was a significant covariate in the GLM analysis).

FIGURE 3
(A) shows the mean with standard error δ15N versus δ13C isotopic
compositions in fish sampled in Cottage Grove Reservoir. (B) shows the
relationship between tropic position (represented as δ15N) versus THg
concentrations (R2 = 0.64, p < 0.0001; error bands represent 95%
confidence intervals).
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from the newer versus the older furnaces had similar δ202Hg values
(old furnace tailings: −0.31‰; new furnace tailings: −0.40‰),
indicating that there were no distinguishable differences between
these two sources. There was a larger difference in the δ202Hg value
(> 0.5‰) when comparing the unprocessed mine waste (−0.99‰),
indicating that the process of roasting the ore resulted in fractionation
and contributed to the distinct isotopic composition of the tailings, as
seen in other studies (Smith et al., 2014). The EXAFS data of the newer
and older tailings and unprocessed mine waste confirms that there are
distinctions in the Hg speciation in these materials (Supplementary
Table S3). The tailings from the newer furnace is entirely composed of
cinnabar; whereas the less efficient extraction process in the older
furnace contained some metacinnabar. The unprocessed mine
material is unique in that it contains Hg bound to organic
material, which would have been easily removed during the ore-
processing in a furnace.

The δ202Hg value from water draining the mine site in Furnace
Creek showed a similar isotopic signature as the tailings samples
(particulate δ202Hg: −0.58‰; filtered δ202Hg: −0.89‰), which were
much more enriched than the background stream samples
(particulate −2.36‰; filtered: −2.09‰; Figures 4, 5A). The δ202Hg
value in these water samples shows a ~0.30‰ spread between the
dissolved and particulate fractions, though the directionality differs
between the two sites. Previous work has proposed that the difference
between the filtered and particulate phases is a function of Hg sources,
with dissolved phases represented atmospheric deposition while
particulates are more similar to terrestrial runoff (Campeau et al.,
2022). While this is possible, there was no evidence of differences in
the Δ200Hg ratios between the phases, which should be able to easily
characterize precipitations pools of Hg (Kwon et al., 2020).
Furthermore, the Δ199Hg from the background water samples had a
larger span in values between the filtered (−0.16‰) and particulate
phases (0.58‰), which may indicate different levels of photochemical

processing of the same source. It is unclear why there is higher
photochemical processing (as indicated by Δ199Hg) on the
particulate matter rather than in the dissolved phase, but it
indicates that environmental processing could have occurred
during mobilization and sorption reactions resulting in the
disconnect between the phases (Figure 5B). Further examination
would be needed to assess if different Hg sources (e.g.,
precipitation and dry deposition) or in situ processing is
contributing to the dissolved and particulate Hg isotope ratios
observed.

3.4 Tracking the mercury isotopic
composition in downstream water and
sediment

Downstream sediment samples collected from the Cottage Grove
Reservoir had higher δ202Hg values compared to background samples
(Figure 4A). While all the reservoir sediment samples were enriched in
202Hg, there was some variability in this composition, which varied
from −0.96‰ to −1.38‰, reflecting variations in sediment
depositional patterns in the reservoir (see Supplementary Figure
S2). For example, the two locations with the lowest δ202Hg values
were both located in wetlands along the edge of the reservoir, which
are less impacted by the deposition of suspended particulates from the
inflowing water. Enrichment in 202Hg corresponded with increasing
sediment THg concentration, indicating that particles mobilized from
the mine site are a likely contributor to elevated THg in the reservoir
(Supplementary Figure S3).

Mercury concentrations decrease with distance moving
downstream from Black Butte Mine (Figure 5). While Furnace
Creek, which drains through the mine site, contains elevated Hg
concentrations (whole water THg: 391 ng/L), the creek had a very low

FIGURE 4
(A) showing the δ202Hg values plotted against the inverse THg concentration (µg/g); and (B) showing the Δ199Hg versus δ202Hg values. Note: all soil
samples are plotted as diamonds and all sediment samples are plotted as circles. The tailings samples from the old furnace are distinguished from the newer
furnace with a heavier black outline.
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discharge (0.0028 m3/s) and the Hg concentrations are quickly diluted
(whole water THg: 10.3 ng/L) when it empties into Little River which
has a much larger discharge (2.5 m3/s). This dilution of the mine
-related Hg inputs with low Hg content water from background
sources results in a shift in the δ202Hg values of both the filtered
(−1.49‰) and particulate bound fractions (−1.35‰). However,
mixing model calculations (see details in the Supplementary
Material) indicate that even after being diluted by the larger
downstream flows, 51% of F-THg and 63% of P-THg originated
from mine-related sources. In addition, the Δ199Hg value for the
P-THg downstream of the mine site is consistent (0.13‰ ± 0.2‰)
and similar to what was measured directly draining the tailings areas
(0.04‰), confirming that the mine is an important source of Hg water
further downstream of the mine.

The discharge of the river is further increased 9 km downstream of
the mine site after Little River combines with Big River to form the
Coast Fork Willamette River (9.3 m3/s); however, the Hg
concentrations (whole water THg: 8.9 ng/L) is only slightly lower

than what was measured in Little River. The δ202Hg values in dissolved
and particulate samples are similar to the upstream site at Little River
(3 km downstream from the site), indicating there is still a significant
mining influence present. Dissolved and particulate phases do show
divergence from one another in δ202Hg and Δ199Hg values, indicating
that there may be integration of other runoff sources, potentially
indicated by the negative Δ199Hg in the dissolved phase, or in situ
processing, such as photochemistry. The more stable Δ199Hg values
also indicates that the particles are more recalcitrant to environmental
processing compared to Hg in the dissolved phase. Values in both
matrices are still well above the established geogenic background soils
in the region and approximately 40% of dissolved Hg and 70% of
particulate Hg could be attributed to mine-related releases.
(Figure 5A).

The water samples from the background/upstream location
(Garoutte Creek) shows a larger Δ199Hg value associated with the
suspended particulate samples compared to the dissolved phase
(Figure 5B). This may result from atmospheric Hg sources that
efficiently sorb to the particles or that the particles represent a pool
with a longer exposure time in comparison to the filtered water
samples which is more transient. However, further investigation
would be needed to provide a better understanding of the factors
contributing to the upstream isotopic signature in water.

Once the water reaches the reservoir, there is an interesting
divergence in the trends in Hg water concentrations and isotopic
compositions. The whole water THg concentrations in and below the
reservoir continue to decrease to levels that are similar to the background/
upstream location (all < 4 ng/L). However, the Hg isotope ratios showed
an increase in the δ202Hg value in both the filtered (reservoir: −0.84‰;
below reservoir: −0.93‰) and particulate phases (reservoir: −0.94‰;
below reservoir: −1.02‰), which suggests that the Hg had had a greater
contribution from themine than the lotic locations closer to themine. It is
worth noting that the dissolved phase also had higher Δ199Hg value
(0.83‰ in the reservoir and 0.66‰ downstream of the reservoir), likely
due to enhanced photochemical degradation of inorganic Hg in the
reservoir, which likely explains the elevated δ202Hg values. However, the
particulates do not show any elevated Δ199Hg values, indicating that there
is no change in photochemical processing between the riverine particles
and those collected in the reservoir. This observation indicates that the
particulates are representative of a distinct source in the reservoir,
different than what was observed in the lotic locations, whereas the
dissolved Hg is related to riverine sources that are undergoing
transformations in the reservoir. A potential source of mine-related
Hg in and downstream of the reservoir is the reservoir sediment. The
river system directly downstream of the mine is relatively high-energy
and particles mobilized from the mine mostly stay in suspension. These
particles are deposited/accumulated in the sediment of the reservoir
(Curtis et al., 2013), whichmay also act as an ongoing secondary source to
the reservoir water-column—especially when the reservoir is in low-pool
conditions and the river cuts through previously deposited sediments.

3.5 Hg stable isotopes in fish

It is challenging to compare Hg isotopic composition in fish tissue
to abiotic matrices such as water and sediments due to the net process
of methylation as well as photodemethylation. To assess potential
differences between the reservoir and the river, we opted to directly
compare fish tissues from the same species and age classes (YOY).

FIGURE 5
(A) shows the THg concentrations and δ202Hg values in water
samples for particulate and filtered phases and (B) shows this
relationship for the Δ199Hg values in water. The background samples
were collected approximately 3 km upstream of the mine in
Garoutte Creek (−3 km on the graph). The 0 km location marks the
location of the Black ButteMine and Furnace Creek. FurnaceCreek flows
into Little River, which was sampled 1 km downstream of the mine. Little
River flows into the Coast Fork Willamette (CFW) river and was sampled
9 km downstream of the mine. The Cottage Grove (CG) reservoir is
15 km downstream of the mine and at 19 km downstream a sample was
collected below the reservoir on the CFW River. Note that the secondary
y-axis in (A) is plotted on a log-scale. Uncertainty of measurements was
assessed by the 2SD of processing standard NIST 3133, which was
0.09‰ for both δ202Hg and Δ199Hg.
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While this allowed for an apt biological comparison, there were still
obvious differences between the reservoir and riverine fish related to
the extent of photochemistry (see plots of δ202Hg versus Δ199Hg values
in Supplementary Figures S4, S5). All fish displayed positive Δ199Hg
values, which is typical of photodegradation of MeHg (Δ201Hg/Δ199Hg
slope of all fish = 1.31, r2 = 0.996, n = 75) (Bergquist and Blum, 2007).
The Δ199Hg values in fish from Cottage Grove Reservoir were
significantly higher (1.2‰) than those from downstream (0.85‰,
p = 0.018; Figure 2C). Higher Δ199Hg values in reservoir fish is

reflective of photochemical processes, which can often be more
pronounced in lentic relative to lotic systems due to higher water
clarity and euphotic feeding (Lepak et al., 2018). Due to the fact that
photochemical processes also produces MDF, δ202Hg values are
changed (Bergquist and Blum, 2007), so photochemical corrections
(denoted as δ202HgCOR) need to be applied to meaningfully compare
fish Hg stable isotope ratios (Gehrke et al., 2011; Janssen et al., 2019b;
Rosera et al., 2022). Whole body YOY fish from Cottage Grove
Reservoir had a significantly higher δ202HgCOR value compared to
fish collected further downstream (Figure 2B); which supports the
interpretation that the mine-influence on Hg concentrations in YOY
fish is larger in the reservoir and decreases downstream in the
Willamette River. There are caveats to this approach; specifically,
there could be different methylation environments (Rosera et al.,
2022) within the lotic and lentic habitats or that photochemical
corrections may vary due to differences in organic matter
(Chandan et al., 2015). Nevertheless, this data provides the first
evidence that there is a difference between the Hg sources
bioaccumulated in the reservoir and lower Willamette River.

Within the reservoir, the degree of Black Butte mine-related Hg (as
represented by δ202HgCOR) varied with tissue THg concentration
(Figure 6A). These results show that the fish with the highest THg
concentrations were less influenced by mine sources than fish with
lower THg concentrations. The relationship between fish THg
concentrations and δ202HgCOR value is significantly (p < 0.01)
influenced by differences in fish species, which was the primary
driver of differences in isotopic composition (Supplementary
Figures S5, S6). Among the fish species, Brown Bullhead had
significantly lower Δ199Hg values (0.77‰ ± 0.12‰) than
Largemouth Bass, Bluegill, and Black Crappie (mean of all three
species: 1.57‰ ± 0.15‰). The lower Δ199Hg value in Brown
Bullhead indicates that the source of Hg in their diet has more a
benthic/sediment source than the other fish species, which appear to
be more influenced by Hg uptake from the water-column
(Supplementary Figure S7). This is consistent with the δ13C data,
such as the Brown Bullhead having δ 13C values that are intermediate
between Black Crappie and Largemouth Bass (Figures 3A, 6B). Brown
Bullhead δ13C values (−25 to −28‰) are typically associated with
riverine food web pathways based on terrestrial-derived, sediment
sources, which is distinct from littoral-based food web (e.g.,
δ13C > −22) and a phytoplankton based food web (e.g., δ
13C > −30) (Hoffman et al., 2007). As such, Bluegill is expected to
be the most similar in food web pathways to Brown Bullhead, Black
Crappie is interpreted to have a greater contribution from
phytoplankton, and Largemouth Bass to have a greater
contribution from littoral sources. Thus, differences in δ13C values
between fish species in the reservoir support the interpretation that
food web pathways, Δ199Hg values, and δ202HgCOR values are related,
such that there is higher influence of mine-sourced Hg in fish feeding
in a more sediment-based food web and less so in planktonic and
littoral-based food webs.

The δ202HgCOR values had a negative relationship with δ 15N values
(Figure 6C). This indicates that mine-related Hg burdens vary due to
differences in trophic position, habitat usage and Hg cycling
differences within habitats. The Hg isotopes shows that bullhead
are disproportionally impacted by mine-related Hg, which is likely
due to their comparatively greater preference for benthic habitats. The
shift in diet/foraging behavior that is causing the decrease in mine-
related influence on the higher trophic position fish is uncertain.

FIGURE 6
(A) shows the δ202HgCOR values for different adult fish species as a
function of length normalized THg concentrations in Cottage Grove
Reservoir. (B) shows the δ202HgCOR values for different fish species as a
function of the δ 15N value. (C) shows the δ202HgCOR values for
different fish species as a function of the δ13C value.
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Notably, the two species with the lowest δ15N values also had
intermediate δ13C values, indicating the potential for both trophic
position and food web pathway to contribute to bioaccumulation of
mine-sourced Hg.

Overall, the Hg isotopic composition data indicate that fish in
Cottage Grove Resevoir are impacted fromHg releases associated with
Black Butte mine (Figures 2, 6). However, the amount of mine-related
Hg does not correlate with the total concentration of Hg in the fish and
is more related to fish species and their different foraging behaviors
(Figures 3, 6; Supplementary Figure S6). These results show that the
lower trophic position species (i.e., Brown Bullhead) with a slightly
larger dietary connection to the sediment could be more impacted by
mine-related Hg sources; even though they have lower tissue THg
concentrations than other fish species (i.e., Black Crappie). Whereas
the sediment and surface water data for the reservoir indicate both
media contain a large proportion of mine-related THg (see Figures 4,
5), the mine-related inorganic Hg may be much less available for
methylation than Hg from other sources. This is consistent with
findings from other contaminated sites, where the % MeHg
decreases as the THg concentration increases (Eckley et al., 2020)
and suggests the source of MeHg that the fish are exposed to differs
from the primary source of THg in water and sediment.

We conclude that the examination of Hg transport from the Black
Butte mining site has indicated that mine-derived Hg was transported
downstream to lotic and lentic habitats (Curtis et al., 2013; Eckley
et al., 2015). Mercury stable isotopes revealed that mining sources
could be connected in different environmental compartments, but also
showed there are a myriad of processes, specifically in waters and fish
tissue, that can also be occurring. This work served as a first step to
elucidating fate and transport of mine-related Hg to Cottage Grove
Reservoir and the Willamette River.
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Methylmercury (MeHg) is a neurotoxin that bioaccumulates to potentially harmful
concentrations in Arctic and Subarctic marine predators and those that consume
them. Monitoring and modeling MeHg bioaccumulation and biogeochemical
cycling in the ocean requires an understanding of the mechanisms behind net
mercury (Hg) methylation. The key functional gene pair for Hg methylation,
hgcAB, is widely distributed throughout ocean basins and spans multiple
microbial phyla. While multiple microbially mediated anaerobic pathways for
Hg methylation in the ocean are known, the majority of hgcA homologs have
been found in oxic subsurface waters, in contrast to other ecosystems. In
particular, microaerophilic Nitrospina, a genera of nitrite-oxidizing bacteria
containing a hgcA-like sequence, have been proposed as a potentially
important Hg methylator in the upper ocean. The objective of this work was
therefore to examine the potential of nitrifiers as Hgmethylators and quantify total
Hg and MeHg across three Arctic and Subarctic seas (the Gulf of Alaska, the Bering
Sea and the Chukchi Sea) in regions where Nitrospina are likely present. In Spring
2021, samples for Hg analysis were obtained with a trace metal clean rosette
across these seas. Mercury methylation rates were quantified in concert with
nitrification rates using onboard incubation experiments with additions of stable
isotope-labeled Hg and NH4

+. A significant correlation between Hg methylation
and nitrification was observed across all sites (R2 = 0.34, p < 0.05), with the
strongest correlation in the Chukchi Sea (R2 = 0.99, p < 0.001).Nitrospina-specific
hgcA-like genes were detected at all sites. This study, linking Hg methylation and
nitrification in oxic seawater, furthers understanding of MeHg cycling in these high
latitude waters, and the ocean in general. Furthermore, these studies inform
predictions of how climate and human interactions could influence MeHg
concentrations across the Arctic in the future.

KEYWORDS

mercury, mercury methylation, nitrification, Arctic, Subarctic, hgcA, Nitrospina

1 Introduction

The harmful bioaccumulating neurotoxin, methylmercury (MeHg), has increased over
the past 150 years in Arctic and subarctic mammals, resulting in high concentrations in the
Canadian Arctic and Northern Gulf of Alaska (NGA) marine predators (Beckmen et al.,
2002; Dietz et al., 2009; Lehnherr et al., 2011; Wang et al., 2018). Consumption of high
trophic level marine organisms serves as the main MeHg exposure route to humans
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(Sunderland and Mason, 2007). The health of indigenous
communities that rely on marine predators, both fish and
mammals, as a food source continues to be an area of concern as
the MeHg blood concentrations of Arctic women remain high
(AMAP, 2021). The largest source of inorganic mercury (HgII) to
the global ocean is through atmospheric deposition (Mason et al.,
2012). Rivers also serve as a large source of HgII to Arctic coastal
zones compared to other ocean basins (Sørensen et al., 2016; Sonke
et al., 2018; Dastoor et al., 2022; Zolkos et al., 2022). Mercury
concentrations in ocean surface waters have been increasing since
industrialization (Lamborg et al., 2014), with concurrent increases in
marine MeHg concentrations (Médieu et al., 2022). Monitoring and
modeling current and future MeHg production in the ocean requires
an understanding of the mechanisms behind Hg methylation, but
the pathways for MeHg formation are not clearly understood.

High MeHg concentrations have been observed just below the
productive surface layer in the Arctic Ocean, Bering Sea, Northwest
Atlantic and the North Pacific Ocean (Sunderland et al., 2009;
Heimbürger et al., 2015; Schartup et al., 2015; Wang et al., 2018;
Agather et al., 2019; Jonsson et al., 2022). These MeHg maxima
residing within oxic layers are shallower than equatorial regions
(Bowman et al., 2016; Kim et al., 2017) and result in a higher rate of
MeHg bioaccumulation into the food chain (Heimbürger et al.,
2015; Wang et al., 2018). Previous studies attribute higher MeHg
concentrations in oxic layers to production in anoxic particle
microenvironments or the resuspension and remineralization of
MeHg bound to organic matter (Hammerschmidt and Fitzgerald,
2006; Ortiz et al., 2015; Motta et al., 2022). With low benthic-pelagic
coupling in the central ocean, and given the rate of photo-
degradation and demethylation of MeHg in the surface waters
(DiMento and Mason, 2017; Munson et al., 2018), the question
remains: by what mechanism is biotic Hg methylation occurring in
the oxic surface waters at high latitudes? Lehnherr et al. (2011)
developed a simple model based on their methylation and
demethylation studies that estimated biotic MeHg formation
accounts for a significant fraction of the MeHg present in polar
marine waters but did not provide a mechanism for this process.

The presumed key functional gene pair for Hg methylation,
hgcAB, is widely distributed throughout all ocean basins and spans
multiple microbial phyla (Parks et al., 2013; Villar et al., 2020). All
currently confirmed pathways for biotic marine MeHg production
in marine water columns and sediment are anaerobic (Gilmour
et al., 2013; Gionfriddo et al., 2020) and have been shown to coincide
with oxygen minimum zones (Hammerschmidt and Bowman, 2012;
Munson et al., 2018). However, across all ocean basins, 78% of
discovered hgcA homologs have been found in oxic subsurface
waters (Villar et al., 2020). In recent years, a new aerobic
pathway for Hg methylation has been suggested in conjunction
with nitrite-oxidation (Gionfriddo et al., 2016), the second, non-rate
limiting reaction in nitrification (Delwiche, 1970). The putative Hg
methylating microbes belong to two aerobic nitrite-oxidizing clades,
Nitrospina and Nitrospira (Gionfriddo et al., 2016; Christiansen
et al., 2019). WhileNitrospira hgcAB genes have only been recovered
in freshwater sediment and tidal marsh metagenomes (Gionfriddo
et al., 2020), Nitrospina hgcA-like sequences have been found to be
abundant across all ocean basins, including the Arctic (Bowman
et al., 2020; Tada et al., 2020; Villar et al., 2020; Lin et al., 2021; Tada
et al., 2021). As the most widely distributed microaerophilic putative

Hg methylating microbe, it is hypothesized that Nitrospina could
play a key role in global MeHg production in the ocean subsurface
(Villar et al., 2020), although in situ measurements of Hg
methylation rates by cultured Nitrospina have yet to be completed.

Recently, in the Equatorial Atlantic, a strong positive correlation
was found between nitrification and Hg methylation at the
chlorophyll a maximum and in surface waters (Starr et al., 2022).
While Nitrospina-specific 16S transcripts were recovered,
Nitrospina-specific hgcA-like gene abundance was not assessed
(Starr et al., 2022). Here, we further investigate the correlation
between this putative microbially mediated aerobic Hg
methylation pathway and nitrite oxidation across five nutrient-
replete, polar regions (NGA, Unimak Pass, Bering Sea, Bering
Strait and Chukchi Sea; Figure 1) where Nitrospina hgcA-like
sequences have been previously reported (Bowman et al., 2020).

2 Methods

2.1 Sample collection

Seawater samples were collected between April and June 2021 in
the NGA, Bering Sea, and Chukchi Sea aboard the R/V Sikuliaq
during three oceanographic cruises: Northern Gulf of Alaska Long
Term Ecological Research (NGA LTER), Bering and Aleutian
Internal Tide Mixing, and Hg Cycling in the Arctic
(Supplementary Table S1). All sampling stations were on the
Alaskan continental shelf, except KOD10, which was on the
slope in the NGA. The water column depth at the sampling
locations in the Bering and Chukchi Seas were shallow (48 ±
6 m) compared to the NGA (610 ± 477 m) (Supplementary Table
S2).Water samples were collected at a single depth, the chlorophyll a
maximum (Figure 1; Supplementary Table S2), which was selected
because previous studies have shown in situ Hg methylation at that
depth (Munson et al., 2018; Starr et al., 2022). The ship’s SeaBird
911+ CTD rosette was used to assess the chlorophyll a maximum
during the down cast, which determined the sampling depth. During
the downcast, other parameters were measured such as salinity,
dissolved oxygen, photosynthetically active radiation (PAR),
temperature, and pressure. Due to limited water allowances, Hg
methylation, nitrification, and genetic samples were collected from
the ship’s regular CTD rosette (non-trace metal clean) in the NGA.
Mercury methylation, nitrification, and genetic samples from the
other 13 stations throughout the Bering and Chukchi Seas were
collected using a trace metal clean SBE19plus V2 SeaCAT Profiler
(SeaBird) CTD rosette equipped with Teflon-coated, external spring
Niskin bottles (General Oceanics). Samples from the trace metal
CTD rosette were transferred to acid washed sample bottles
(Hammerschmidt et al., 2011) inside a positive-pressure, plastic
enclosure (the bubble), constructed at the beginning of the NGA
LTER cruise. Seawater samples for genetic analysis was collected in
an acid washed 5-gallon collapsible polyethylene carboy. Using an
Eppendorf peristaltic pump, 2 L of sample water was filtered
through a 0.22 μM Sterivex filter pack (Millipore). The Sterivex
was filled with RNAlater (ThermoFisher), stabilizing the nucleic
acids, and stored at −80°C until extraction (Bowman et al., 2020).
Seawater for Hg methylation rate experiments was collected in 4 2-L
acid washed plastic bottles. Seawater samples for nitrification pool
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dilution experiments were collected into an acid washed 1-L and
3 125-mL polycarbonate incubation bottles. Incubation experiments
occurred upon sample collection.

2.2 Mercury methylation experiments

Onboard dark incubation experiments were carried out with
stable Hg isotope additions to quantify Hg methylation and
demethylation rates. Four replicate 2-L unfiltered water
samples were collected and promptly amended with 7.5 pM
200HgII (Oak Ridge National Laboratory) and 7.7 pM
CH3

201Hg by volume. MeHg synthesis was completed prior to
the cruise with methyl-cobalamin and inorganic Hg isotopes
(Oak Ridge National Laboratory). Initial sample volume was
measured, and all samples were placed in a dark incubation
chamber at in situ temperature (4°C) without further
oxygenation. After 24 h, samples were removed, reduced to
1.5 L and immediately acidified to 1% H2SO4 by volume to
stop biological transformations. Samples were stored
unrefrigerated in a dark container until analysis.

Mercurymethylation rate samples were analyzed atWright State
University (WSU) within 8 months of collection. Prior to analysis,
these samples were neutralized to pH 4.9 ± 0.3 with 14 M potassium
hydroxide, buffered with 14 mM acetate buffer by volume and
amended with 0.1 mL of 2.5% ascorbic acid (Munson et al.,
2014). Neutralized samples were derivatized with sodium
tetraethylborate and purged with Hg-free N2 gas. During the

bubbling process, methylethylmercury was concentrated onto
Tenax traps and analyzed on an optimized gas chromatography
inductively coupled plasma mass spectrometer (GC-ICPMS; Perkin
Elmer Elan 9000; Hintelmann and Evans, 1997). Ambient Hg
standards and enriched isotope standards were analyzed on both
the Tekran and ICP-MS to quantify both concentration and isotope
abundance. Mercury methylation and demethylation rates were
calculated from replicates at one time point using matrix
methodology (Hintelmann and Evans, 1997; Ouerdane et al.,
2009), as CH3

200Hg created and CH3
201Hg lost since amendment

respectively: Hg methylation rate (pM day−1) = km * [HgII] and
MMHg demethylation rate (pM day−1) = kd * [MMHg]. For Hg
methylation rate potentials, first order specific rates (km) were also
calculated as specific rate (day−1) = Hg methylation rate * [HgII]−1.

2.3 Nitrification experiments

The collected 1 L seawater samples were amended with
20 mM 15NH4Cl and inverted three times. The 20 μM spiked
sample was transferred into three 125-mL polycarbonate
incubation bottles. An initial sample was taken immediately
from each incubation replicate via a 60 mL plastic syringe and
filtered through a 0.22 μm filter into one 15-mL polypropylene
tube and two 20-mL scintillation vials. An initial control was
sampled from the 125 mL unamended seawater sample following
the same methodology. Initial samples were frozen upon
collection and stored until analysis. The four 125-mL

FIGURE 1
Map of NGA, Unimak Pass, Bering Sea, Bering Strait and Chukchi Sea 2021 sampling stations. Yukon and Copper River outflows denoted by black
stars.
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incubation bottles were incubated for 24 h in the onboard dark
incubation chamber at in situ temperature. After the 24-h
incubation, the four bottles were removed, final samples from
the control and replicates were collected using the same
methodology as the initial samples, and samples were frozen
until analysis at WSU.

Cadmium (Cd) reductions (to reduce NO3
− to NO2

−) followed
by sodium azide (NaN3) reductions were completed on each sample
to quantify the production of nitrous oxide (N2O) from both nitrite
and nitrate (NOx

−; Heiss and Fulweiler, 2016; McIlvin and Altabet,
2005). To each sample, 100 mg and 6.6 g of dried magnesium and
sodium chloride was added respectively and mixed. To complete the
Cd reductions, 1 g of activated wet Cd powder was added to each
sample and placed on a shaker table for 17 h. Samples were
centrifuged for 15 min at 1,000 rpm to decant the reduced
solution. 7.5 mL of supernatant was removed from the centrifuge
tubes, transferred to a 12-mL Labco exetainer, and sealed with a
single-wadded septa cap. Using a glass syringe with a needle,

0.25 mL of a solution containing 1:1 2 M sodium azide: 20%
acetic acid purged with Argon gas was injected into the exetainer
septa. Samples were shaken and incubated at 30°C for 1 h. Following
incubation, the reaction was stopped by injecting 0.15 mL of 10 M
NaOH through the exetainer septa with a clean needle and syringe
(McIlvin and Altabet, 2005). Exetainers containing the reduced
sample were stored upside down and shipped to the University
of California—Davis Stable Isotope Facility for analysis of labeled
45,46N2O gas production using an isotope-ratio mass spectrometer
(Hamilton and Ostrom, 2007). Incubation samples collected in
falcon tubes were thawed and quantified for total NH4

+ using
colorimetric flow-injection analysis (Lachat Quikchem 8500) at
WSU. Results from both analyses were used to calculate the
15NH4

+ transformation and were corrected for NaN3 reductions
using Eq. 1, modified from Heiss and Fulweiler (2016), Beman et al.
(2008), and Hampel et al. (2020). Nitrification rate experiments were
only completed in the NGA, Bering Sea, Bering Strait, and
Chukchi Sea.

TABLE 1 Mean Nitrospina-specific hgcA-like gene abundance and rate potentials with standard error across five regions: NGA, Unimak Pass, Bering Sea, Bering
Strait, and Chukchi Sea.

Region km (10–3 d−1) Hg methylation (10–2 pM d−1) Nitrification (nM d−1) Gene abundance (copies mL−1)

Gulf of Alaska 2.8 ± 0.6 1.8 ± 0.4 1.3 ± 0.6 2023 ± 957

Unimak Pass 8.3 ± 2.5 5.9 ± 1.9 N.D. 236

Bering Sea 4.3 ± 1.3 2.3 ± 0.5 1.7 ± 1.2 1895 ± 1,461

Bering Strait 5.3 ± 2.6 4.4 ± 1.2 0.5 ± 0.4 2,914 ± 278

Chukchi Sea 5.8 ± 1.7 4.2 ± 1.2 1.9 ± 0.8 1879 ± 784

FIGURE 2
Linear regression between nitrification and mercury methylation rate potentials across five regions (p < 0.05, y = 0.0087x + 0.0177). Data points for
Unimak Pass are not shown as nitrification rate experiments were not completed.
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NTR �
15N/14Np NO−

x[ ]( )( tf − 15N/14Np NO−
x[ ]( )t0)

α pt
(1)

where α � 15NH+
4[ ]/ 15NH+

4[ ] + 14NH+
4[ ]( )

2.4 Molecular analysis

DNA was extracted using the DNeasy PowerWater Sterivex Kit
(Qiagen) and assessed for quality using 260/280 and 260/230 ratios, with
a NanoDrop Microvolume Spectrophotometer (ThermoFisher), verified
byQubit. Extractionswere stored at−18°C until assay.Nitrospina-specific
hgcA primers (Supplementary Table S3), Nitro_SP14_1F and Nitro_
SP14_1R, designed from sequences found in Antarctic Sea ice were used
for amplification (Gionfriddo et al., 2016). The SP8 sequence, 504 bp,
from Gionfriddo et al. (2016) was used as a positive control for the real-
time polymerase chain reaction (qPCR) assay. A set of seven serial
dilutions (10–4–10–10 ng μL−1) were prepared from the SP8 sequence and
used to form a standard curve (R2 > 0.90). With a reaction volume of
20 μL, the following chemical volumes were used for amplification: 10 μL
Luna Universal qPCR Master Mix (New England BioLabs), 1 μL Nitro_
SP14_1F and Nitro_SP14_1R, 1 μL of sample (5 ng DNA), diluted SP8,
or Nuclease free water, and 7 μL of nuclease free water. Samples were
amplified on a Mastercycler ep Realplex2 Real-Time PCR system
(Eppendorf) with thermal cycling parameters (outlined in Gionfriddo
et al., 2016) and amelting curve (Supplementary Table S3). Amplification
efficiency was 95.6%, and sample amplicon concentration was calculated.
Gene abundance was reported as Nitrospina-specific hgcA gene copies
mL−1 and calculated using Eq. 2 and normalized to sample volume (mL).

GeneAbundance � 5 ngp 6.0221p1023 molecules/mol( )

504 bpp 109 ng/g p 650g/mol
(2)

3 Results and discussion

3.1 Physiochemical oceanography

The NGA is heavily influenced by the Alaskan Coastal Current
(ACC), which is driven by alongshore winds and characterized by
freshwater inputs derived from coastal runoff and the Copper River
outflow (Stabeno et al., 2004). From fall to spring the NGA is
dominated by downwelling currents and Ekman transport from off-
shelf surface waters (Stabeno et al., 2004). The downwelling
dissipates as winds decrease throughout the spring, allowing for
the resuspension of key nutrients (such as nitrate, phosphate, and
silicate) promoting primary production (Stabeno et al., 2004).
During the 2021 Spring NGA LTER cruise there was a large
early season diatom bloom from late April to early May 2021,
which was thought to be induced by the increased sunlight and
reduced winds. Chlorophyll a concentrations at the sampling depth
(chlorophyll a maximum) across the NGA ranged from
0.3–10.1 mg m−3 (Supplementary Table S2). The highest value
(10.1 mg m−3) was found at MID2, within the mixed waters
under the Copper River plume. A small Copper River plume can
be identified by a thin layer of nutrient deplete freshwater extending
from the Copper River outflow. In the NGA, salinity increased with

distance from the coastline, as the influence from runoff, freshwater
inputs, and ACC wanes (Stabeno et al., 2016).

Water flows north across the Bering Sea shelf and Bering Strait,
into the Chukchi Sea via the Bering Shelf Current and Chukchi Shelf
current (Danielson et al., 2022). Higher concentrations of
chlorophyll a and DO were seen in the surface waters in the
southern Bering Sea near Unimak Pass (Supplementary Table
S2). This can be attributed to the Aleutian North Slope current
and deep mixing that resuspends key limited nutrients into the
surface waters of this high nutrient low chlorophyll system (Aguilar-
Islas et al., 2007; Danielson et al., 2022).

3.2 Mercury transformations

In situHgmethylation occurred at all stations (0.003–0.008 d−1).
Specific (Hg-normalized) Hgmethylation rate potentials (km) across
all regions were comparable with previous measurements from the
chlorophyll a maxima across the Arctic (0.004–0.010 d−1; Lehnherr
et al., 2011), Mediterranean Sea (0.004–0.038 d−1; Monperrus et al.,
2007) and the central Pacific Ocean (0.004–0.017 d−1; Munson et al.,
2018). Variability of km within each region is attributed to temporal
and spatial heterogeneity between sampling stations impacting
particle and nutrient distribution as a result of differing current
dynamics (Stabeno et al., 2004; Strom et al., 2006). Differing
assemblages of Hg methylating bacteria, Hg speciation, and
demethylation rates also contribute to the variability of km within
each sampled polar region. The highest km was measured at Unimak
Pass (one-way ANOVA: p < 0.05; Table 1), which can be attributed
to deep mixing, providing a substrate and microhabitat for Hg
methylating anaerobic bacteria (Swift and Aagaard, 1976; Ortiz
et al., 2015; Motta et al., 2022). The samples for incubation
experiments in the NGA were collected in the early spring during

FIGURE 3
Linear regression between nitrification and mercury methylation
rate potentials in the Chukchi Sea with standard errors (p < 0.001, y =
0.0154x + 0.013).
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a diatom bloom. This increase in productivity could decrease the
amount of HgII available for Hg methylation. This could potentially
explain the lower km across the NGA, when compared to other regions.
Changes in water chemistry across the regions could result in differing
contributions of instantaneous Hg methylation to the measured Hg
methylation rate potentials. This could explain the variability seen inHg
methylation rate potentials within and across regions.

Across all regions, correlations between km and oxygen, ambient
Hg, ambient NH4

+, salinity, and temperature were weak and not
significant. The difference between predicted and measured MeHg
concentrations is attributed to MeHg demethylation in the surface
waters and mixing throughout the Bering Strait and Chukchi Sea
(DiMento andMason, 2017; Munson et al., 2018; Wang et al., 2018).

Methylmercury demethylation rate potentials are not reported
as the demethylation rates were unrealistically high. Instantaneous
demethylation could explain the low CH3

201Hg recovered in the
samples (Munson et al., 2018). For future Hg rate experiments,
adding additional time points, including a time zero, should be done
as suggested by others (Munson et al., 2018).

3.3 Nitrification

Potential nitrification rates ranged 0.5–2.0 nM d−1 across all polar
regions. These measurements are concurrent with in situ nitrification
rates measured at deeper depths, 100–200 m, in oligotrophic regions
such as the Sargasso Sea (2.0 ± 0.1 nM d−1; Newell et al., 2013). Themean
specific nitrification rate across all stations, 7.2 × 10−5 d−1 is lower than
the global ocean estimate 0.195 d−1 (Yool et al., 2007), which is thought to
be driven by high 15NH4Cl amendment. Nitrite and nitrate produced
during nitrification pool dilution experiments are reported as potential
nitrification rates to account for any bias from the high amendment, but
the rates are low, suggesting that the nitrifiers become ammonium-
saturated at low concentrations (Horak et al., 2013; Newell et al., 2013).
In the Chukchi Sea (1.9 ± 0.8 nM d−1), nitrification rate potentials were
higher than previous measurements by Shiozaki et al. (2019) in the
surface waters within the Chukchi and Beaufort Seas (<0.27 nM d−1),
which is not surprising as those rates are low for the open ocean (Yool
et al., 2007). Nitrification rate experiments were not conducted at
Unimak Pass, but it is hypothesized that Unimak Pass would have a
higher apparent nitrification rate as deep mixing in this region would
provide remineralized NH4

+ and metals (Cu, Mo, and Fe) for enzymes
involved in both steps of nitrification, ammonia monooxygenase and
nitrite oxidoreductase (Musiani et al., 2020; Chicano et al., 2021). It is
likely that at the chlorophyll amaximum, competition betweenmicrobes
and plankton taking up various forms of N are driving the lower
nitrification rates in this study. The nitrite maximum is typically seen
at the base of the euphotic zone as many known ammonia oxidizing
bacteria have been shown to be photo-inhibited, resulting in higher
nitrification rates with reduced light (Horrigan and Springer, 1990;
Lomas and Lipschultz, 2006; Merbt et al., 2012). Previous studies in the
North Pacific and Arctic Ocean show nitrification maximum occurring
below the chlorophyll a maximum, around the nitrite maximum,
under <1% PAR (Grundle et al., 2013; Shiozaki et al., 2016; Shiozaki
et al., 2019). The potential nitrification rates measured at the chlorophyll
amaximum across all subpolar marine regions reported in this study are
therefore not expected to reflect the highest nitrification rates in the
water column.

3.4 Mercury methylation and nitrification

A positive linear relationship (R2 = 0.34, p < 0.05; Figure 2) was seen
between nitrification andHgmethylation rate potentials across all stations,
suggesting a possible link between these two processes in surface waters
surrounding Alaska (NGA, Bering Sea, Bering Strait and Chukchi Sea).
The linear regression slope between nitrification and Hg methylation rate
potentials across all regions (m = 0.0087 pMMeHg nM−1 NOx

−; Figure 2)
is the same order of magnitude as previous findings in the Amazon River
Plume (m = 0.0028 pM MeHg nM−1 NOx

−; Starr et al., 2022). This
difference in slope can likely be attributed to differing ammonia
oxidizing bacteria and archaea activities, substrate availability, and/or
microbial assemblages including nitrifier community structure.

Station STN13 in the Bering Strait had a higher relative Hg
methylation rate potential compared to nitrification rate potential
(Figure 2). Chlorophyll a concentrations at STN13 were four times
higher than those of STN3, the other station within the Bering Strait
sampled 12 days prior to STN13 (Table 1; Supplementary Table S1). A
higher chlorophyll a concentration suggests a general increase in
microbial activity or decreased grazing pressure. Data from the USGS
Yukon River Pilot Station show little change in Yukon River discharge
throughout the 12-day period between sampling, suggesting riverine
inputs were not the main driver in differing rate potentials or the high
chlorophyll a concentrations. First year ice melt could influence the rate
potentials between the two stations in the Bering Strait. A reduction in ice
cover could change current dynamics driven by winds promoting water
column mixing and resuspension of particles inhabited by Hg
methylators. Although these are potential reasons for why STN13 had
a higher Hg methylation rate potential compared to nitrification rate
potentials, further investigation is needed to conclusively determine the
decoupling of these rate potentials in the Bering Sea.

Station MID2, in the NGA near the Copper River outflow, had a
higher relative nitrification rate potential compared to the Hg
methylation rate potential. This higher relative nitrification rate
potential can be attributed to nutrient resuspension, such as NH4

+

and Cu, and differing communities of nitrifiers that can withstand
freshwater plume dynamics (Bernhard et al., 2010). Lower substrate
availability for Hg methylation associated the NGA diatom bloom could
result from increased binding of HgII to particulate material, potentially
accounting for the lower Hg methylation relative to nitrification rate
potentials in the NGA. Overall, it is likely that the larger temporal and
spatial differences among stations accounts for the higher variability in
this study compared with the previous measurements in the Amazon
River Plume (R2 = 0.78; Starr et al., 2022).

The stations within the Chukchi Sea had less temporal and spatial
variability than the other regions, as these stations were sampled
within the shortest time period (6-day) and across the smallest
distance (110 miles; Supplementary Table S1). The correlation
between Hg methylation and nitrification rate potentials in the
Chukchi Sea was highly significant (R2 = 0.99, p < 0.001;
Figure 3). Although the correlation between nitrification and Hg
methylation rate potentials were strong, it cannot be concluded that
nitrification rates alone are driving Hg methylation rates throughout
these polar regions, as the functionality of Nitrospina-specific hgcA-
like genes have not yet been confirmed. It is possible that themeasured
correlation between Hg methylation and nitrification may also be a
result of other biogeochemical processes, such as general bacterial
productivity, acting as a proxy (although nitrifiers are autotrophs,
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while most known Hgmethylators are heterotrophs; Yool et al., 2007;
Monperrus et al., 2007).

3.5 hgcA-like genes

Nitrospina-specific hgcA-like genes were present across all stations.
The Bering Strait had the highest average gene copy numbers
(2,914 copies mL−1) compared to the NGA (2023 copies mL−1),
Bering Sea (1895 copies mL−1), and Chukchi Sea (1879 copies mL−1).
Unimak Pass had the lowest gene abundance (236 copies mL−1), which
was surprising as Unimak Pass had the highest km (Table 1). It is
important to note that Hg methylation and nitrification rate potentials
reported are a composite of the entire Hg methylator and nitrifier
community, not just Nitrospina. Hg methylating microbes at Unimak
Pass may be primarily anaerobic and particle-associated, as the station is
characterized by deep water column mixing. We hypothesize that
anaerobic and microaerophilic Hg methylating microbes inhabit
settling or suspended particles, derived from sediment resuspension in
the well mixed, shallow Bering Strait and Chukchi Sea, the well mixed
waters of Unimak Pass, and the particle-rich Copper River plume.While
this may include microaerophilic Nitrospina (Lücker et al., 2013), such
particle microenvironments are likely dominated by anaerobic Hg
methylating microbes such as Desulfobacteraceae and
Methanomassiliicoccus, which have been found throughout the Bering
Sea, Chukchi Sea, andArctic Oceanwater column (Bowman et al., 2020).

Across all sampled regions there was not a correlation between
Nitrospina-specific hgcA-like genes and Hg methylation rate potentials.
However, theseNitrospina hgcA-like amplicons only show gene presence,
not enzyme function, so the lack of correlationmay indicate that not all of
these genes were active at the time of sampling. Despite a lack of
correlation, the presence of Nitrospina-specific hgcA-like genes
provides support for the potential for these organisms to be the
primary methylators, given the relationship between Hg methylation
and nitrification.

4 Conclusion

The link between Hgmethylation and nitrification at the chlorophyll
amaximum depth suggests a possible mechanism for Hg methylation in
the oxic water column of these Alaskan Seas. The similarity between this
link in subpolarwaters and theAmazonRiver Plume further supports the
hypothesis that nitrification and biotic Hg methylation are linked at the
base of the oxic region of the euphotic (>1–9% PAR) ocean. As
Nitrospina hgcA-like metagenomes have been recovered across all
ocean basins (Villar et al., 2020), the presence of Nitrospina could be
a major pathway for MeHg formation in the oxic ocean subsurface,
provided these microbes are active (i.e., the conserved region of hgcA is
functional). If these Nitrospina-specific hgcA-like genes are functional,
then models utilizing current global specific nitrification rate estimates
and Nitrospina hgcA-like amino acid sequence recoveries, could be used
to predict global Hg methylation rate potentials in the ocean subsurface.
However, untilNitrospina’s Hg methylating capabilities are confirmed in
culture,more robust conclusions regardingHgmethylation byNitrospina
cannot be made. More research is needed to further examine the role of
Nitrospina in the methylation of Hg in the global ocean.
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There ismuch uncertainty regarding the sources of reactivemercury (RM) compounds
and atmospheric chemistry driving their formation. Thiswork focused on assessing the
chemistry and potential sources of reactive mercury measured in Reno, Nevada,
United States, using 1 year of data collected using Reactive Mercury Active System. In
addition, ancillary meteorology and criteria air pollutant data, Hybrid Single-Particle
Lagrangian Integrated Trajectory (HYSPLIT) analyses, and a generalized linear model
were applied to better understand reactive mercury observations. During the year of
sampling, a fire event impacted the sampling site, and gaseous elemental Hg and
particulate-bound mercury concentrations increased, as did HgII-S compounds. Data
collected on a peak above Reno showed that reactive mercury concentrations were
higher at higher elevation, and compounds found in Reno were the same as those
measuredon thepeak.HYSPLIT results demonstratedRMcompoundsweregenerated
inside and outside of the basin housing Reno. Compounds were sourced from San
Francisco, Sacramento, and Reno in the fall andwinter, and from long-range transport
and the marine boundary layer during the spring and summer. The generalized linear
model produced correlations that could be explained; however, when applying the
model to similar data collected at two other locations, the Renomodel did not predict
the observations, suggesting that sampling location chemistry and concentration
cannot be generalized.

KEYWORDS

GOM, HYSPLIT, PBM, RM chemistry, thermal desorption

Introduction

There are three different forms of mercury (Hg) in the atmosphere: gaseous elemental
Hg (GEM), gaseous oxidized Hg (GOM), and particulate-bound mercury (PBM). The latter
two, collectively known as reactive Hg (RM), have higher deposition velocities than GEM,
are scrubbed from the air during precipitation, and are more readily methylated. Thus, GOM
and PBM have a greater impact on ecosystems. The automated instrument (Tekran 1130/
1135/2537) used for ~20 years to determine atmospheric Hg concentrations does not
accurately measure GOM and PBM (Gustin et al., 2013; Gustin et al., 2019; Luippold
et al., 2020a Luippold et al., 2020b; Osterwalder et al., 2021; Dunham-Cheatham et al., 2023).
Because of the lack of accurate RM measurements by the Tekran system, alternative
measurement systems have been developed. These include an active membrane-based
system with which RM, GOM, and PBM concentrations and chemistry can be
determined (Luippold et al., 2020a), and dual channel systems (DCS) that allow for
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10–20 min resolution of operationally-defined GOMmeasurements
(Ambrose et al., 2013; Gustin et al., 2023; Lyman et al., 2020).

Previous work with data reported here, using the University of
Nevada, Reno (UNR)—Reactive Mercury Active System (RMAS),
two DCS, and a Tekran 2537/1130 system co-located at the College
of Agriculture, Biotechnology and Natural Resources Valley Road
Greenhouse Complex (GH), assessed the comparability of the
measurements and used a custom-designed calibrator to verify
the accuracy of DCS measurements (Lyman et al., 2020;
Dunham-Cheatham et al., 2023). RM and GOM concentrations
measured by the RMAS were lower than those measured by the
DCSs by 30% (UNR) and 50% (Utah State University). Because of
these findings, we acknowledge that RMAS RM and GOM
concentrations are underestimated.

Nylonmembranes, used in the RMAS, are thermally desorbed to
qualitatively identify potential RM and GOM compounds. Because
it has been determined these membranes do not collect all
compounds with equal efficiency (Huang et al., 2013; Gustin
et al., 2023), observations using these surfaces have uncertainty.
In addition, compounds are identified by comparing desorption
profiles developed using purchased high purity compounds that may
not reflect the chemistry in ambient air. Based on work by Jones and
Lyman (2016), who used a GC-MS, it is known that HgBr2 and
HgCl2 are emitted from permeation tubes housing these
compounds; however, this has not been demonstrated for HgO,
HgN2O6

. H2O, or HgSO4 that were added in Gustin et al. (2015),
due to the fact that they cannot be loaded into the current GC-MS
configuration. However, since high purity Hg compounds were used
for the latter 3 compounds, it was assumed they represent oxide,
nitrogen, and sulfur-based compounds, although the exact
chemistry is not known. For example, is it unlikely HgO was
permeated given its low vapor pressure, and it was suggested by
Huang et al. (2013) that since what was emitted was a vapor it might
be Hg2O. Standard profiles developed using this permeation tube
method are comparable to those developed using similar
compounds added to coal fly ash (Rumayor et al., 2013;
Rumayor et al., 2015). An additional uncertainty is whether
reactions occur on the membranes. To test this accurately, a
calibrator is needed. A custom-designed calibrator is now
available and being used to test stability of compounds on the
membranes. In order to do this quantitatively, the amount of the
specific compound being added needs to be known and this requires

permeation using a calibrator. Permeation of compounds is difficult
and requires inert surfaces and controlled temperatures. Mao and
Khalizov (2021) showed that GOM sorbed to a Cole-Parmer PES
membrane surface exhibited exchange interactions with co-
adsorbed GOM. Similar interactions could also influence our
results. Mao and Khalizov’s (2021) results were obtained using
GOM concentrations that were 5-orders of magnitude higher
than ambient background concentrations. More testing is
necessary to determine whether similar reactions occur under
ambient concentrations, and whether RMAS membrane surfaces
influence RM retention. Despite the fact it is not known what the
exact chemistry of the measured RMAS compounds are, this is
currently the best method available for understanding Hg chemistry
of oxidized Hg under ambient conditions.

Manuscripts with RMAS data from the GH have been published.
One determined RM concentrations and chemistry, with data
collected from March 2018 to March 2019, and focused on
comparing data with those obtained at 3 other locations in
Hawaii, Utah, and Maryland (Luippold et al., 2020a; Luippold
et al., 2020b). Another reported on the ability of the RMAS
system to measure PBM and GOM (Gustin et al., 2023). In
addition, this location has been used for developing and testing
methods for measurement of RM (cf. Dunham-Cheatham et al.,
2020; Dunham-Cheatham et al., 2023).

In a recent paper, Lyman et al. (2022) did not observe a daily
buildup of HgII concurrent with ozone build up during photochemical
smog episodes in a remote location affected by oil and gas recovery,
casting doubt on the current theory of gas-phase Hg oxidation kinetics
and mechanisms. During an inversion, oxide-HgII compounds
disappeared, leading to the conclusion that oxide-HgII compounds
were sourced from the free troposphere. Halogenated, S, N, and
organic HgII compounds were present during this time, indicating
possible production. Data from the GH site, that is adjacent to a major
interstate highway, allowed for testing whether this finding is applicable
at a location impacted by road traffic.

Data for our analyses, collected from November 2019 to 2020,
included: RM, GOM, and PBM chemistry and concentrations
determined with two RMAS, and GEM measured using a Tekran
2537. Local air chemistry and meteorological measurements were
compiled, and HYSPILT back trajectory analyses were done for 24 h
and for the full duration of sampling. The latter allowed for estimating
the time air spend at two heights [> or <2 km above ground level (agl)]
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and in 6 source regions. During this time, a fire event impacted Reno,
providing the opportunity to assess the impact on GEM and RM
concentrations and chemistry. To further investigate sources of RM to
Reno, two RMAS were deployed in Fall 2022 at the GH location and at
Peavine Peak (PV; adjacent to and above Reno) to compare chemistry
and concentrations.

Data collected were used within a generalized linear model
(GLM) to test if this type of analysis could provide a means of
characterizing conditions that lead to different RM concentrations
and chemistry. The GLM developed for Reno was then applied to
two other locations to determine if it could predict observations at
other locations.

Our working hypothesis was that reactive -N, -S, and organic-
based HgII compounds measured in Reno were locally/regionally
sourced, oxide-based compounds were derived from the free
troposphere, and halogenated compounds were sourced from the
free troposphere and the marine boundary layer.

Materials and methods

Site descriptions

From 11/21/19 (month/day/year) to 11/24/20, two RMAS
were deployed along with a Tekran 2537B to determine GOM,
PBM, RM, and GEM at the University of Nevada, Reno Valley
Road Greenhouse Complex [GH; 39.5375 N latitude, 119.8047 W
longitude, elevation 1,368 m above sea level (masl)]. A fire event
impacted Reno from 08/18/20 to 09/15/20 with two periods of
heavy smoke. From 09/29/22 to 11/03/22, two RMAS were
deployed simultaneously at the GH and on Peavine Peak (PV;
39.589389 N, 119.928797 W, 1940 masl).

A Tekran 2537B, used to measure GEM, was operated and
maintained following protocols used by the National Atmospheric
Deposition Program Atmospheric Mercury Network. The RMAS
consists of a 25.4 mm-thick bent, anodized aluminum weather
shield housing six dual- or triple-stage perfluoroalkoxy alkane
(PFA) filter packs connected to vacuum pumps (KNF Neuberger
Inc., 34 L per minute (Lpm) capacity; andWelch) stored inside or in
a pump box. Ambient air flow was controlled by critical flow orifices
(Teledyne API) at 1 Lpm, nominal. Flow rates through each filter
pack were checked at the beginning and end of each deployment. All
flow measurements were normalized to represent air flow at
standard temperature and pressure conditions (0°C and 1 atm).
For details, see Luippold et al. (2020b). Membranes used to
collect GOM and PBM were cation exchange membranes (CEM;
0.8 μm pore size; Mustang-S, Pall Corporation®) and
polytetrafluoroethylene (PTFE) membranes (0.2 μm pore size,
47 mm diameter; Sartorius Stedium Biotech®), respectively.

One RMAS was configured to measure RM concentrations and
chemistry using triplicate two-in-line CEMs and triplicate two-in-line
nylon membranes (0.2 µm pore size, Sartorius) in dual-stage filter
packs, respectively. The second RMAS was identical to the first
system, but used triple-stage filter packs that allowed for a PTFE
membrane upstream of the two CEM or nylon membranes. The
PTFE membrane was used to separate PBM (>0.2 μm) from GOM.
Fourteen-day sampling periods were conducted from 12/17/19 through
07/15/20, and seven-day sampling periods occurred from 11/11/19 to

12/17/19 and 07/15/20 to 11/24/20. Deployment durations of 14 days
during the winter were utilized due to low RM concentrations, and in
the spring of 2020 were a result of institutional restrictions as a result of
the COVID-19 pandemic.

Analyses

CEM, PTFE, and downstream nylon membranes were analyzed
for total Hg following EPA Method 1631, Revision E (United States
Environmental Protection Agency, 2002). Hg compounds were
released by thermal desorption from upstream nylon membranes
with subsequent thermal reduction through pyrolysis (388°C) to
GEM and analyzed by cold vapor atomic fluorescence spectrometry
using a Tekran 2537A (detection limit <0.1 ng·m-3). For details
about both methods, see the Supplementary Material. It is important
to note that compounds desorbed are described as specific classes of
compounds (i.e., –O, –N, –S, halogenated, and organic). Since
HgBrNO2 and HgBrOH are thought to be abundantly produced
in GEM oxidation (Shah et al., 2021), it is uncertain whether these
would be identified as a N, halogen, or O-based HgII compound.
More sophisticated methods are under development (e.g., GC-MS)
to more definitively identify these compounds; however, until those
methods have been developed and vetted for accuracy, the thermal
desorption system presented here provides a basis for understanding
RM compounds.

HYSPLIT back trajectories

Back trajectory simulations were performed for each sampling
period for this study using the NOAA Air Resources Laboratory
GDAS1o data archive and Hybrid Single-Particle Lagrangian
Integrated Trajectory (HYSPLIT) model (http://ready.arl.noaa.
gov/HYSPLIT.php, last access: 2023). Trajectories for the time
of sampling were performed using a gridded frequency
distribution method (Gustin et al., 2023). Trajectories were
initiated every 4 h (00:00, 04:00, 08:00, 12:00, 16:00, 20:00 PST)
from 9 points within a 0.5° × 0.5° horizontal grid centered on each
site with four arrival heights (500, 1,000, 1,500, 2,000 magl),
resulting in 216 trajectories per day. Generating a large number
of trajectories provides for a reasonable representation of air mass
transport (Stohl et al., 2002; Stohl et al., 2003; Weiss-Penzias et al.,
2006).

Trajectory residence times were calculated for 6 source boxes
(Eurasia, East Asia, north western and north eastern Pacific Ocean,
Canada, and the United States; coordinate boundaries can be found
in Supplementary Table S1). The boundary layer height was defined
as 2,000 magl. Mixed layer depth was calculated in HYSPLIT. Two
categories of trajectories were calculated for this study: 1) Twenty-
four-h trajectories were generated to look at the path of regional air
masses, and were calculated for the 24-hour period immediately
before sample collection; and 2) trajectories were also calculated for
the entire sampling duration (7 or 14 days) in order to determine the
residence time of the sampled air that was above and below 2 km
altitude and in the 6 source boxes. The 2 km boundary layer height
was chosen because, due to high convective mixing, this is a typical
boundary layer height for Reno.
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Ancillary data

Criteria air pollutant and meteorological data were downloaded
from local monitoring stations. For complete details, see the
Supplementary Material. During the PV-GH comparison,
ancillary data for the GH site were obtained from the same
locations as for the year-long measurements.

Statistical analyses and modeling

Statistical analyses, including correlations, regressions, and
t-tests, were performed in Microsoft Excel using the data
analysis tool.

A generalized linearmodel (GLM)was applied to better understand
factors impacting RM chemistry. Response variables (RM, GOM, PBM,
and specific chemistry of compounds) were modeled separately as a
function of predictor variables (Supplementary Table S2). Predictor
variables were first removed to maintain pairwise correlations
(Pearson’s ρ) ≤ 0.8 to reduce multicollinearity. For each
response variable, a recursive feature elimination procedure was used
(‘rfe’ function, with Random Forest method) and implemented in the
‘caret’ package (Kuhn, 2020) in R (R Core Team, 2020; version 4.0.2) to
identify the set of predictor variables that optimized predictive
performance under repeated cross-validation. Then, each response
variable was modeled as a log-linear function of the top predictor
variables identified above using a GLM with Gamma error distribution
and an offset term (log of the number of sampling days) to account for

FIGURE 1
Time series of the CEM and nylon membrane-derived RM and GOM concentrations for the GH. PBMwas derived from upstream PTFE membranes.
Vertical lines delineate the start (left) and end (right) of the fire event. Dates indicate sample harvest dates.

FIGURE 2
Time series of data developed at the GH: RM concentrations measured with the CEM; GEM measured by the Tekran 2537; %PBM, as determined
using the Hg concentration on the PTFE membrane divided by the total Hg concentration for the PTFE membrane plus both CEM; and peak area for the
different HgII compounds; and maximum mixing height (magl), calculated using HYSPLIT. Lines delineate the start (left) and end (right) of the fire event.
Dates indicate sample harvest dates. Columns represent the RM chemistry based on peak area.
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differences in sampling effort. Finally, reverse stepwise selection was
used to remove any non-influential regression terms using Akaike’s
Information Criterion (Burnham and Anderson, 2002) as a model
selection criterion. For each model, multiple goodness-of-fit tests were
implemented in the ‘DHARMa’ package (Hartig, 2022) in R, including
tests for uniformity of residuals, outliers, and overdispersion. The GLM
was applied to similar data collected with RMAS at two additional
field sites: 1) near Great Salt Lake at two locations, one adjacent to
the lake at Antelope Island State Park marina (AISP; 41.060451 N,
112.238430 W, 1,283 masl) and another 11 km directly east of
Antelope Island State Park location (41.084985, −112.111791,
1,288 masl); and 2) Georgia Tech campus in Atlanta, adjacent
to a 14-lane highway (33.778463, −84.391425, 286 masl) (Gustin
et al., 2023).

Results and discussion

General trends

In general, RM concentrations during this study were highest in the
spring/summer (80–170 pg·m−3), and lower in the fall/winter
(20–80 pg·m−3; Figures 1, 2). Comparing RMAS data from Gustin
et al., 2023; October 2019 to January 2020), concentrations of up to
300 pg·m−3 were observed in October and declined to 25 pg·m−3 in
January. Luippold et al. (2020a) and Luippold et al. (2020b) presented
RMAS data from 2018 to 2019, with RM concentrations of
100–150 pg·m−3 from June to the end of October. Peterson et al.
(2009) reported on Tekran Hg measurements made over 3 years
(2005–2007) at Desert Research Institute (39.57 N, 119.80 W, 1,509
masl), 5 km north and 165 m above the GH site. Concentrations were
highest in the summer, with the 3-year average for GOM being 26 ±
35 pg·m−3, and ranging between 0 and 401 pg·m−3. They also noted a
diel pattern, with higher concentrations during the day, similar to
ozone. Lyman and Gustin (2008) found, when comparing Tekran data
collected atDesert Research Institute with that from a location 9 km east
of Reno, that increased concentrations of GEM and PBM occurred

when there was little atmospheric mixing, and suggested local sources
were important for enhancing GEM and PBM concentrations in Reno.
Concentrations of GOM and PBM measured with a Tekran system in
Reno were on average 18 ± 22 and 7 ± 7 pg·m−3 (maximum of
177 pg·m−3), respectively, and were higher during periods with
higher temperature and lower dew point. Lyman and Gustin (2008)
suggested higher GOM concentrations at the DRI location support the
hypothesis that subsiding dry air from the free troposphere was a source
of GOM to the surface.

Spring and summer

From 05/05/2020 to 07/21/20, RM concentrations were
typically >100 pg·m−3 (Figure 1). During this time, halogenated
compounds were dominant, making up 45%–78% of the
compounds measured (Figure 2; Supplementary Material). Other
compounds present were O, N, and S, with percentages varying
week-to-week. Oxide-HgII compounds were, in general, higher
during this time (Supplementary Figure S1; Supplementary Table
S3). Organic compounds were typically ~5%.

High RM has been found to be associated with the tropopause
(Lyman and Jaffe, 2012). NOAA operated their Tunable Optical
Profiler for Aerosol and oZone lidar (TOPAZ) on June 17, 23, 24,
and July 1, 2, 6, 8, 9, 10, and 16-17-2020. Elevated ozone layers
consistent with stratospheric intrusions were observed on June
24 and July 8, but both remained above 7,000 masl and would
not have impacted the surface anywhere near the sampling location
(Andrew Langford, NOAA, personal communication). Thus, oxide
compounds were not derived from the stratosphere.

During spring/summer, temperature and absolute humidity (or
the mass of H2O vapor per air volume) were higher, while RH (water
vapor present relative to the amount of water needed for saturation)
was lowest (Supplementary Figure S2) relative to the fall/winter.
Wind speeds were also highest in the spring. Ozone concentrations
were higher (50 ppbv) in the summer, compared to the fall/winter
(30–40 ppbv; Figure 3). Fine et al. (2015) reported on sources of

FIGURE 3
Criteria air pollutants measured byWashoe County and uploaded from EPA’s Air Quality System database for the duration of the sampling campaign.
Lines delineate the start (left) and end (right) of the fire event. Dates indicate sample harvest dates.
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ozone to Nevada and found peak ozone concentrations in late spring
to early summer across the state due to long-range transport.

Most of the trajectory analyses during the spring and summer were
done over the 14 days of sampling, with the exception being 07/21/20
(7 days). Trajectories for the duration of sampling were primarily
(>50%) situated over the Pacific Ocean, with few exceptions
(Supplementary Table S4). Mixing heights were higher during this
time than in fall/winter (Supplementary Figure S3), which would allow
for capture of air masses entering the area from >2,000 magl. The dry

air and higher temperatures promoted vertical mixing. Ozone
concentrations were also higher, indicating inputs from the free
troposphere (cf. Fine et al., 2015).

Twenty-four h trajectories showed that when air masses
originated from generally unpolluted areas, S-HgII compounds
were present, suggesting, in this case, these compounds are not
regionally sourced and were associated with long-range transport.
When air was primarily over the United States and the Pacific Ocean
(e.g., July and August), S-HgII compounds were less abundant. This

FIGURE 4
Peak areas of deconvoluted thermal desorption profiles for the specific compounds from nylon membranes at GH. Data associated with a date are
RM measurements, with the corresponding GOM measurement to the right for the same sampling period. Dates indicate sample harvest dates.
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suggests that Eurasia/Asia was a likely source of these compounds.
VanCuren and Gustin (2015), in a study investigating sources of
ozone, using Interagency Monitoring of Protected Visual
Environments network data, to Lassen and Great Basin National
Parks, found that long-range transport contributed SO4 aerosol that
was associated with soil with reacted sea salt, mineral-bound SO4,
and mineral-bound NO3. S-HgII compounds were primarily aerosol
(Figure 4).

Since during this time long-range transport was the dominant
air movement, and high convective mixing occurred, this indicates
that halogenated compounds were derived from the marine
boundary layer, and oxide and sulfur compounds were derived
from long-range transport.

Fall and winter

During the fall and winter, RM concentrations were lower
(<80 pg·m−3) compared to spring/summer (Figure 1). CEM PBM
was 40%–78% of RM, while from May to early September it was
typically less than 20% (Figure 2). This indicates that during the
fall/winter, local and regional pollution affected Reno air, while
in the spring/summer, air from the free troposphere with little
particulate matter was important. From mid-November through
March, when sampling durations were predominantly 7 days,
S-HgII compounds made up the highest percentage of RM
compounds, ranging from 30% to 78% of total RM. In general,
as PBM decreased so did S-HgII-based compounds, based on both
peak area and proportion (Figure 2; Supplementary Material).
S-HgII compounds also were highest for RM, indicating most of
the S-based compounds were present as aerosol (Figure 4). It is
important to note that when using the 7-day trajectories, we were
not accounting for the air mass additions beyond the 7-day
analyses, thus other areas could have contributed.

Oxide, N, halogenated, and organic-based HgII compounds
were each typically 20% or less of the total RM, with a few time
periods when values were higher. Oxide-based HgII compound
concentrations were low in general, except for the fall 2020 when
they were 25%–45% of the compounds present and long-range
transport was important. For one sampling period, they were the
dominant compound (5/19/20). O and halogenated compounds
were often higher in concentration on the nylon membrane after
the PTFE membrane, but not regularly, indicating the
chemistries of PBM and GOM were different. This was not
true for other compounds.

Local SO2 concentrations were highest in the fall/winter, with
concentrations up to 1.8 ppb, compared to spring/summer
(<0.6 ppb; Figure 3). CO similarly had higher concentrations in
the fall/winter (40 ppm) compared to the spring/summer (20 ppm).
NO2 concentrations were higher in the fall and winter (30 ppb),
versus 10 ppb in spring/summer. During fall and winter, N-HgII

compound peak areas were 10%–20%, higher than spring/summer
when they were typically <10%.

During this time, maximum mixing heights were
~1,500–2,000 magl, lower than the spring/summer
(2,000–4,000 magl; Supplementary Figure S3). Many of the 24 h
trajectories during this time were from urban areas, including San
Francisco-Sacramento (Supplementary Table S3), suggesting

regional transport of HgII compounds. Since air masses from
these highly populated areas were directly impacting Reno, it is
possible these areas contributed to the observed oxide, N, and
S-HgII compounds. Because PBM was high, and local SO2 and NO2

concentrations were also high, it is possible that N and S-HgII

compounds were produced locally. In the winter, Reno is prone to
inversions, and smoke and exhaust from wood burning is captured
in the stagnant air mass. This also fits in with the observation by
Lyman and Gustin (2008) that Tekran-based PBM measurements
increased when there was little mixing in the valley where Reno is
situated.

Specific membrane details

Percent PBM collected on the PTFE membrane in front of the
nylon membrane was typically higher than that on the PTFE in
front of the CEM (Supplementary Figure S4; Nylon PBM = 0.8 *
CEM PBM, r2 = 0.79, p < 0.001), due to the fact that the nylon
membrane does not capture all compounds with equal efficiency,
and typically exhibits lower concentrations than the CEM
(Figure 1).

Nylon and CEM with and without upstream PTFE membranes
demonstrated similar trends in concentrations (Figure 1). CEM
and CEM + PTFE were correlated (CEM + PTFE = 1.0 * CEM, r2 =
0.96 p < 0.001), as were nylon and nylon + PTFE (nylon + PTFE =
1.1 * nylon, r2 = 0.95, p < 0.001). On average, nylon membranes
were less efficient at capturing HgII than the CEM by 34%, as
previously noted for this location (Gustin et al., 2023; Dunham-
Cheatham et al., 2023). During the winter, the disparity between
the concentrations measured on the CEM and nylon membranes
was ~20 pg·m−3, while in the spring this increased to 40 pg·m−3

(Figure 1), indicating that during spring there were compounds
present the nylon membrane was not efficiently capturing.
Breakthrough was consistent for both membrane types across
the sampling period (for details see the Supplementary
Material), indicating that the forms not being captured were
likely reduced on the nylon membrane.

Specific case studies

Percent PBM for the PTFE membranes in front of the nylon and
CEMs were most similar during the fire event (08/18/20 to 09/15/20;
Supplementary Figure S4). PM2.5 during the study was typically
5–10 and PM10 was 20–40 μg·m−3, while concentrations during the
fire were 30–55 and 120–160 μg·m−3, respectively. Percent PBM
increased to 30% during time periods when Reno was heavily
impacted by wildfire smoke (Figures 1, 2). During this fire event,
PM2.5 and PM10 exceeded U. S. Environmental Protection Agency
Air Quality Standard for PM2.5 of 15 μg·m−3 during distinct time
periods (August 16, 19–23, 25, 27–30, September 3, 7, 11–17, 2020;
Washoe County, 2021). S-based HgII compounds increased during
the fire event, corresponding with increases in GEM and PBM,
indicating the potential for generation of these compounds
associated with fire events (Figures 2; Supplementary Material).
NO2, CO, and SO2 concentrations also increased during the fire
event (Figure 3). RM and GOM concentrations did not increase.
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When sampling in fire plumes, elevated GOM concentrations have
not been measured (cf. Friedli et al., 2003). Observations indicated
that RM chemistry could reflect inputs due to fire events, likely due
to production of aerosol-based S-HgII compounds.

On 1/13/20, the 24 h trajectory showed air moving over the
Pacific and Sacramento (Supplementary Figure S5). Halogenated,
S, O, N, and organic-HgII compounds were 1, 3, 18, 40, and 38%,
respectively, of the total RM chemistry (Supplementary Table S3),
and PBM was 77% of the total RM concentrations. Trajectories
showed air at < 2 km traveled over the Pacific Ocean and
United States. During this time, the 14-day trajectories were
fast-moving, starting north of Reno and traveling around the
Northern Hemisphere over Eurasia. The high % PBM and lack of
halogenated compounds suggests that S, O, N and organic-HgII

compounds were derived regionally.
On 2/11/20, halogenated compounds were 11% of the RM

compounds (Supplementary Table S3), while S-HgII compounds
were high (40% of RM), and PBM was 41%. Twenty-four h
trajectories showed that air was transported into the sampling
location from rural areas in central Oregon and Washington
(Supplementary Figure S5). Trajectories indicated that air <2 km
was primarily over the United States and >2 km originated in
Eurasia, then traveled over the Pacific Ocean into the
United States. This suggests long-range transport as the origin of
the S-based RM compounds.

On 5/19/20, O compounds were the dominant RM compound
(48%), and Br/Cl (12%), N (25%), and S (10%) compounds were
present at lower concentrations. PBM during this sampling period
was low (10%). Twenty-four h trajectories indicated air moved in
from the Central California Coast, over the Sierra Nevada
Mountains, and into Reno (Supplementary Figure S5).
Trajectories indicated that air at < 2 km passed primarily over
the Pacific Ocean with some interaction with Asia/Eurasia at
both below and above 2 km. Oxide and halogenated compounds
were likely derived from the free troposphere and marine boundary
layer, respectively, with N and S compounds coming from regional
sources. S compounds could also be sourced from the marine
boundary layer.

Lastly, for the week ending 10/6/20, O and S compounds were
dominant, while N, halogenated, and organic compounds
were <10%. The 24-h trajectory showed air moving in from San
Francisco and Sacramento, while trajectories originated over the
United States for <2 km (40% of the trajectory points) and
predominately over the US for the >2 km (38%) with less time
over the Eastern Pacific Ocean (Supplementary Figure S5). This
suggests a local/regional source for these compounds.

Peavine-greenhouse comparison

In the 2022 PV-GH comparisons, samples were collected weekly
and on the same day at both locations. RM concentrations at PV and
GH ranged from 33 to 182 and 32–80 pg·m−3, respectively
(Supplementary Figure S6 top panel). Concentrations decreased
as temperatures cooled and a storm front moved in. RM
concentrations at PV were always higher than at GH, except for
the last sampling period due to the fast-moving storm that came in
during the previous sampling period with average wind speeds of

2.3 m·s−1 that was followed by 0.2 mm of precipitation;
concentrations at the GH and PV were the same during this time
due to turbulent mixing, and RM concentrations decreased due to
removal by precipitation.

PBM concentrations were always higher at the GH
(9–45 pg·m−3) than at PV (4–6 pg·m−3), with the exception being
the time period impacted by the storm event when it was 6 and
5 pg·m−3, respectively. The higher concentrations at the greenhouse
were due to local aerosol production.

Comparing the chemistry for the two locations demonstrated
that O-HgII compounds were dominant during the sampling
campaign, with Br/Cl, N, S, and organic compounds being of
lesser amounts (Supplementary Figure S7). High O compounds
were likely due to long-range transport that occurred during this
time. Concentrations of O-HgII compounds were greater at PV
than at GH, as were Br/Cl compounds at times, while N, S, and
organic compounds were similar in concentration between the two
locations (Supplementary Figure S7). For the last sampling event,
chemistry and total peak area for both locations were the same due
to mixing with the storm event. Since O compounds were typically
highest for PV relative to the GH, it is thought that this was derived
from outside of the basin. Br/Cl, N, S, and organic compounds
were comparable in concentration or at times higher at the GH
relative to PV. These compounds could have been derived from the
valley and transported to PV by upslope winds. This is supported
by maximum mixing heights of 2,000–3,000 m that were well
above the top of Peavine Peak that is 570 m above Reno
(Supplementary Figure S3).

GLM model results

The model was developed using the 2019–2020 GH dataset
presented here. A goal was to see if a model developed from one
location could be applied to accurately predict observations at other
locations. The model was applied to two datasets, one developed at
Guadalupe Mountains National Park and one for a site adjacent to a
highway in Atlanta, Georgia (Gustin et al., 2023).

Response variables included RM, GOM, PBM, and the chemistry of
the compounds. These were compared with meteorology, percent of
trajectory points in source boxes, and criteria pollutants
(Supplementary Table S2). The major influencing factor that was
correlated with most variables was temperature, and was removed
from model consideration. Another strongly correlated variable was
NO2, so the model was performed with and without this variable.
Supplementary Table S7 provides details of the analyses, along with the
webpage where the model is available.

RM and GOM concentrations were positively correlated with
absolute humidity and ozone, all of which increase in the summer,
and negatively correlated with CO that decreases in the summer.
RM and GOM were also negatively correlated with NO2

concentrations, that was a major driver of the model and
decreased in the summer.

In terms of chemistry, O and N-HgII compounds were correlated
with ozone. Br/Cl compounds were correlated with ozone and
absolute humidity, due to the Br/Cl compounds dominating in
the summer when ozone was higher and RH lower. S and
organic-HgII compounds were positively correlated with PM2.5,
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and S compounds were linked with transport from Eurasia. Besides
these correlations, the GLM did not result in any conclusions that
would help predict concentrations nor sources of RM based on
ancillary data measurements and HYSPLIT trajectories. Lastly, the
GH GLM did not accurately predict observations at the other
locations, indicating that a singular simplistic GLM approach
cannot be developed from a dataset from one location and
applied universally.

Conclusion

There are several caveats to consider regarding use of data
collected using the RMAS system. Since we are not certain
regarding the exact chemistry of the RM compounds and the
membrane measurements have not been calibrated, the
interpretation of the chemistry observed with the RMAS system
must be used with caution. In addition, RM concentrations
collected with the CEM are underestimated based on the
intercomparison conducted with a calibrated DCS (Dunham-
Cheatham et al., 2023). The nylon membrane does not collect
all compounds with equal efficiency. It is also possible that GOM
could be captured on particulates collected on the PTFE
membrane.

Based on data analysis, N compounds were locally/
regionally sourced, while S compounds were derived from
long-range transport, fires, regional production, local
production, and possibly from the marine boundary layer.
This suggests that chemistry associated with highway smog
production could lead to formation of RM compounds. O
compounds were derived from long-range transport, and
halogenated compounds were from the marine boundary
layer. This work showed that RM may also be derived and/or
produced from both local and regional air masses. This is an
important point that modelers should consider. This lack of
prediction of RM concentrations and chemistry by the GEOS-
Chem model is demonstrated in a forthcoming paper (Gustin
et al., 2023).

Most of the mechanisms and products for production of RM
are uncertain. Theoretical calculations suggest that in the
atmosphere, GEM can be converted to HgII compounds by a
mechanism that requires multiple oxidation steps involving Br
and OH* (Shah et al., 2021). Recently, Castro et al. (2022)
suggested that OH. and ozone together account for significant
conversion of Hg(0) to HgII. The compounds defined in this work
are not explained in theoretical calculations. Thus, being able to
definitively identify the compounds would greatly improve our
understanding of RM and GOM chemistry.

The GLMmodeling exercise showed that each site requires its
own data collection in order to create a model, thus more
monitoring sites with the RMAS could help fill data gaps as
new methods are developed that can better measure RM
concentrations and chemistry. Lastly, despite the limitations of
the RMAS data, it is a useful step in the path to more accurate and
comprehensive measurements of HgII chemistry and
concentrations.
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Mercury transport and
methylmercury production in the
lower Cedar River (Iowa)
floodplain

Andrew M. Graham*, Seth Van Helten, Austin Wadle,
Emily Mamrak, JacobMorsch, Samuel Lopez and Katherine Smith†

Grinnell College Department of Chemistry, Grinnell, IA, United States

Scant attention has been paid to cycling of total mercury (THg) and
methylmercury (MeHg) in agriculturally intensive watersheds. Monitoring of Hg
and MeHg in river basins provides valuable information on the efficacy of
environmental policy and the impacts of land use and climate change on Hg
fluxes and biogeochemistry. We report on Hg and MeHg yields in the Cedar River
(Iowa), amajor tributary of the Upper Mississippi River, and onHg biogeochemistry
in a floodplain of the lower Cedar River, with emphasis on Hg cycling in
groundwater and wetland ponds. For the period 2016 to 2018, total Hg yields
for the 21,000 km2 Cedar River watershed ranged from 2.6 to 6.9 μg m−2 yr−1, or
25% to 70% of estimated wet deposition, and MeHg yields ranged from 0.09 to
0.18 μgm−2 yr−1. High watershed transfer efficiencies for THg are driven by soil
erosion and suspended sediment delivery. Policies and land management
practices targeting soil conservation are thus likely to have significant impacts
on downstream transport of Hg. Within alluvial groundwaters, Hg and MeHg
concentrations were highly spatiotemporally variable, ranging from0.5 to 2.0 ng/L
for THg and 0.03–1.50 ng/L for MeHg. Microtopography exerted strong control
on groundwater geochemistry and Hg biogeochemical cycling, with groundwater
sampled from lower lying swales exhibiting less dissolved oxygen (DO), higher
conductivity, higher dissolved organic carbon (DOC), and higher THg and MeHg.
The alluvial aquifer exhibits high hydrologic connectivity with the river and
groundwater THg and MeHg concentrations responded rapidly to hydrologic
events, with MeHg concentrations increasing with a rising water table.
Concentrations of THg and MeHg in wetland ponds were elevated compared
to groundwater and most strongly correlated with DOC and UV-absorbance.
Methylation potentials in pond sediments were among the highest reported for
freshwater sediments, up to 0.15 d−1, which we hypothesize to be linked to high
primary productivity associated with nutrient enrichment. Floodplain
groundwaters and wetlands constitute important ecosystem control points for
downstream MeHg delivery, the magnitude of which is sensitive to changing
hydroclimate, especially flood frequency.
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1 Introduction

Mercury (Hg) contamination of aquatic and terrestrial
ecosystems has deleterious consequences for wildlife and human
health (Driscoll et al., 2013). Emissions inventories indicate that
human activities (especially gold and silver production and coal
combustion) have increased Hg in the present-day atmosphere by at
least a factor of 3 relative to 1850 (Streets et al., 2017). Owing to its
long residence time in the atmosphere, mercury can be deposited far
from emission sources, resulting in contamination of remote
terrestrial, freshwater, and marine ecosystems (Driscoll et al.,
2013). Methylation of Hg by diverse bacteria and archaea
carrying the hgcAB genes to produce bioaccumulative
methylmercury (MeHg), predominantly in anoxic environments
like sediments, wetlands, and saturated soils (Gilmour et al.,
2013), is the main driver of risk associated with Hg
contamination. The Minamata Convention on Mercury entered
into force in 2017, and represents a global effort to significantly
reduce anthropogenic Hg emissions. The effectiveness of the
Minamata Convention will depend both on realizing intended
emissions reductions and the impacts of changing climate and
land use on the release and transport of large legacy Hg stores
(Bishop et al., 2020). Climate and land use change also have potential
to impact biogeochemical processing of Hg (e.g., Hg methylation
and demethylation) and Hg bioaccumulation and trophic transfer
(Krabbenhoft and Sunderland, 2013). In this paper, we explore
unresolved aspects of terrestrial Hg cycling within a large river and
its flood plain in the Upper Midwest United States–the Cedar River
in Iowa.

Long-termmonitoring of Hg andMeHg fluxes in large rivers has
great utility for quantifying the export of Hg and MeHg from
terrestrial watersheds and system response to environmental
policy and climate change. In a review of terrestrial Hg cycling,
Bishop et al. (2020) reported a global summary of MeHg and THg
yields from rivers and streams. These workers reported median
yields for diverse ecosystems (Arctic, forested, agricultural, and
urban) to range from 1.45 to 4.77 μg m−2 y−1 for unfiltered THg
and 0.017–0.080 μg m−2 y−1 for unfilteredMeHg. There are relatively
few reports of THg andMeHg yields in agroecosystems, where yields
for agricultural watersheds were reported to range from 0.53 to
4.90 μg m-2 y−1 (median = 2.69 μg m−2 y−1) for unfiltered THg and
0.026–0.120 μg m−2 y−1 (median = 0.063 μg m−2 y−1) for unfiltered
MeHg (Bishop et al., 2020). In the Upper Mississippi River Basin
(UMRB), work has focused mostly on Minnesota and Wisconsin
rivers (Hurley et al., 1995; Babiarz et al., 1998; Balogh et al., 1998;
Brigham et al., 2009), and is non-existent to our knowledge for rivers
within the state of Iowa. Annual wet deposition of Hg in the UMRB
is elevated. At the National Atmospheric Deposition Program
(NADP) Mercury Deposition Network (MDN) station closest to
the study site (station WI-031 in southern Wisconsin), Hg
deposition has averaged 11.0 ± 2.7 μg/m2 between 2001–2018,
with no discernible trend in either Hg wet deposition or
precipitation Hg concentration (NADP, 2019). While Hg
deposition has declined in portions of the eastern United States
and Canada, increasing emissions outside of North America and
long-range Hg transport have resulted in stable or increasing wet Hg
deposition in the upper Midwestern United States (Weiss-Penzias
et al., 2016). Earlier studies in the UMRB reported lower watershed

transfer efficiencies for THg (the ratio of watershed export to wet
deposition) in agricultural watersheds (Hurley et al., 1995) and
increasing MeHg export with increasing wetland land cover (Hurley
et al., 1995; Brigham et al., 2009). THg and MeHg export from
agriculturally-dominated watersheds in the UMRB have since
received little attention. Total suspended solids (TSS) yields in
Minnesota and Wisconsin rivers are 4–20 times lower than that
of Iowa and Illinois rivers (Heimann et al., 2011). We argue that
determination of THg and MeHg export in high TSS rivers of the
UMRB is worthy of further attention, as such watersheds may play a
larger role in downstream THg andMeHg transport than previously
recognized.

The impacts of climate change on terrestrial export of THg and
MeHg are uncertain. Significant increases in river discharge (Jones
et al., 2018b) and flood frequency (Mallakpour and Villarini, 2015)
have occurred in the UMRB over the late 20th and early twenty-
first centuries. Downscaled general circulation climate models
project further increases in spring and winter flood events in
this region (Neri et al., 2019). Within the Cedar River basin,
the focus of this study, mean annual discharge from
1980–2019 was 61% higher than the period 1940–1979. Extreme
discharge events within the basin have also increased, with about
half of the top 1% discharge days and nearly 60% of the top 0.1%
discharge days occurring within just the last 20 years. Increased
flood events almost certainly lead to greater downstream THg and
MeHg delivery. Quantifying the impact of increased flood
frequency on THg and MeHg transport is a priority for
assessing how climate change may impact the global
biogeochemical cycle of Hg (Krabbenhoft and Sunderland,
2013). Furthermore, flood events may also represent “hot
moments” of in situ MeHg production within river floodplains
(Balogh et al., 2006; Gygax et al., 2019). Clarifying the timing of
peak MeHg production relative to peak discharge is important for
determining the scale of flooding impact on downstream MeHg
delivery. There are few (Balogh et al., 2006) investigations of Hg
biogeodynamics with respect to flooding within large river
floodplains of the UMRB. Notably, there are no studies in river
systems with exceptionally high nitrate loads, as is typical (Jones
et al., 2018a) of Iowa rivers–whether high nitrate delivery to
floodplains suppresses Hg methylation associated with iron and
sulfate reduction remains an open question.

Lastly, the role of groundwater in THg and MeHg transport in
the riparian zone warrants further attention. We are aware of only a
handful of observational studies (Creswell et al., 2008; Bradley et al.,
2010; 2011; 2012; Vidon et al., 2013) of MeHg and THg riparian
groundwaters. In hydrologically connected floodplains,
groundwater inputs may be an important source of riverine
MeHg (Bradley et al., 2010). Groundwater geochemistry (e.g.,
alkalinity, redox active solutes like dissolved oxygen (DO),
nitrate, Fe, and Mn, and dissolved organic carbon (DOC)) in
floodplains can vary substantially over small spatial scales due to
differences in sediment lithology (Schilling and Jacobson, 2012).
Microtopographic variation in MeHg production is well
documented for northern peatlands (Branfireun, 2004), and,
given microtopographic control of other biogeochemical
processes, we hypothesize that THg and MeHg concentrations in
groundwater of temperate river floodplains likely show strong fine
scale spatial variability. Characterizing the magnitude of this
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variability is important for designing sampling programs to quantify
groundwater transport of THg and MeHg through terrestrial
ecosystems.

In summary, our work has three major objectives, spanning
multiple temporal and spatial scales.

1) To characterize THg and MeHg fluxes in a large river of the
UMRB, in a region (the state of Iowa) for which little information
on THg and MeHg fluxes exists.

2) To evaluate THg and MeHg transport, and MeHg production,
within the river floodplain across seasons and in response to
flood events.

3) To determine to what extent, if any, microtopography controls
THg and MeHg dynamics

2 Methods

2.1 Description of study area

Sampling of shallow alluvial groundwaters and shallow wetland
ponds occurred periodically from June 2016 to September 2018 at the
Swamp White Oak (SWO) Nature Preserve, a Nature Conservancy-
owned restored savanna oak forest dominated by Quercus bicolor
(Dettman and Mabry, 2008), occupying the floodplain of the lower
Cedar River in east-central Iowa near Conesville, Iowa (lat. 41°24′36″,

long. 91°17′06″, see map in Figure 1). Samples were also collected
nearby from the main channel of the Cedar River at the site of a
United States Geological Survey (USGS) gaging station (USGS station
number 05465000), for which continuous discharge measurements
have been available since 1940. The Cedar River is a major tributary
of the Upper Mississippi River, with a watershed area of approximately
20,200 km2 at the sampling station. Corn and soybean cultivation
comprise the major land cover (72.5% of land area) with smaller
areas of grasslands (14.9%, including pasture), forest (7%) and
impervious surface (2.7%). The climate of the region is temperate,
with hot, humid summers and cold, dry winters. Mean annual
precipitation in nearby Muscatine, Iowa is 810 mm/year, with May,
June, and July typically the wettest months of the year (NCEI
Climatology Database). Long-term mean annual discharge of the
Cedar River at Conesville, Iowa is 164 m3 s−1 (5,800 ft3 s−1).

A monitoring well network encompassing microtopographic
highs (sandy ridges) and lows (silty swales) was installed in 2005 as
part of studies of riparian hydrology, nutrient processing, and
carbon dynamics within the SWO preserve (Schilling and
Jacobson, 2009; 2012; 2015). Monitoring wells were installed to a
depth of approximately 2 m with a 1.5 m long polyvinyl chloride
(PVC) well-screen and 1.5 m long PVC riser (Schilling and
Jacobson, 2009). The water table in these floodplain monitoring
wells responds rapidly to Cedar River stage indicating a high level of
hydrologic connectivity between the floodplain and the river
(Schilling and Jacobson, 2009). Significant differences in

FIGURE 1
Map of Cedar River watershed showing approximate location of study area and detailed LiDAR digital elevation model of study area, showing
locations of groundwater monitoring wells (red circles) and surface water monitoring stations (pink crosses).
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groundwater quality, with respect to nitrate, DO, and DOC, exist
between ridges and swales, with wells in microtopographic
depressions exhibiting lower DO and nitrate and higher DOC
(Schilling and Jacobson, 2012). Schilling and Jacobson (2009)A
subset of three topographically “high” wells (>180.5 m land
surface elevation; Center, West, and South) and three “low” wells
(<180.5 m land surface elevation; North, East, and Swale) were
selected for our study of Hg biogeochemistry.

2.2 Sampling and sample processing

All samples were collected utilizing a clean hands/dirty hands
approach (Fitzgerald, 1999) to minimize sample contamination.
Monitoring wells were sampled using a peristaltic pump with
acid-washed Teflon tubing and a short piece of silicone tubing
on the pump head. Prior to sampling, depth to water table was
measured to the nearest cm using an electronic water level tape
(Solinst Model 101). Wells were flushed for 2–3 min and allowed to
recharge for a minimum of 1 h prior to sampling. Samples from the
two ponds were collected by wading and filling a sample bottle at
maximal reach from the area of sediment suspension caused by
wading. Samples from the Cedar River and the SWO outlet stream
were collected by lowering a virgin polyethylene terephthalate glycol
(PETG) bottle or acid-washed Teflon bottle to a depth of about
30 cm below the water surface. All samples were stored in PETG
bottles with zero headspace on ice until return to laboratory to
minimize sample oxidation. DO, pH, specific conductance, and
water temperature were measured immediately on a separate
subsample using a multimeter (YSI Pro DSS or PASCO Xplorer
GLX) with optical DO sensor. Samples for dissolved Fe(II) and
sulfide were immediately filtered in the field through a 0.2 µm nylon
membrane filter and preserved in ferrozine colorimetric reagent
(1 mM ferrozine, 10 mMHEPES buffer) for Fe(II) analysis (Stookey,
1970) and sulfide antioxidant buffer (SAOB) for sulfide analysis
(Clesceri et al., 2000).

Samples were returned to the laboratory, refrigerated, and
processed within 24 h of collection. Samples were filtered through
0.45 µm glass fiber filters (baked for 4 h at 550OC in a muffle furnace
and stored at room temperature in a double-bagged sealed plastic
container) using an acid-washed PFA filtration assembly (Savillex;
Eden Prairie, MN) into virgin PETG bottles. A known volume
(generally about 150 mL) of filtrate was collected for both THg and
MeHg and analyses and preserved with 1% trace metal grade HCl.
Filters corresponding to particulate THg and MeHg were retrieved
and stored frozen until analysis. All MeHg analyses were completed
within 60 days, within the acceptable holding time (180 days) per
EPA Method 1630 (US EPA, 1998). For THg, the majority of
samples were analyzed with 90 days, the EPA recommended
holding time (US EPA, 2002). 25% of samples (corresponding to
THg samples from 7/7/17, 8/17/17, 7/19/18, and 9/4/18) were held
acid-preserved and refrigerated up to 10–18 months prior to
analysis. Prior work indicates that preserved THg samples are
stable for at least 10 months (Parker and Bloom, 2005). Filtered
THg samples for the Cedar River on 6/3/16 and 7/17/17 and
particulate MeHg on 6/3/16 and 9/8/16 were lost during
processing. A separate subsample of the filtrate was preserved
with 2% HNO3 for other major and trace element analysis,

carried out within 6 months of sample collection. Samples for
anions and DOC were collected in 50 mL polypropylene tubes
and stored frozen until analysis, typically within 30 days of
sample collection.

2.3 Sediment collection and enriched
isotope methylation rate experiments

In June and July of 2018, sediment cores were retrieved from the
Center and South ponds at SWO via hand-coring with 5 cm
diameter, 45 cm long polycarbonate tubes, predrilled at 1 cm
intervals with openings sealed with silicone. Sediment cores were
12–16 cm in length and filled with overlying water leaving no
headspace, capped with plastic seals wrapped in vinyl tape, and
transported to the laboratory at ambient temperature. Upon return
to the laboratory, cores were stored overnight at 4°C, then
transferred the next day to incubators at field temperature
(22.5°C–23.7°C) for in situ methylation potential determination
or sectioned at 2 cm intervals for ambient total Hg (THg) and
MeHg analyses. Sub-sectioned sediment core samples were
homogenized and stored frozen until analysis.

Core injections for methylation potential (km) determination
followed the method of Mitchell and Gilmour (2008). Sediment
cores were injected at 1 cm intervals through the silicone septa with
100 µL of 4 μg/mL enriched 201HgCl2 (pre-equilibrated for 1 hour
with 0.2 µm-filtered overlying water from the respective ponds).
Injections were performed while moving the syringe needle in a
back-and-forth motion while withdrawing the needle to try to evenly
inject the 201Hg spike across the core’s entire cross-sectional area at
each depth. After injection, the cores were incubated at site
temperature in the dark for 3 h. Cores were then sectioned at
2 cm intervals and samples frozen for analysis.

2.4 Methods for Hg analyses

Samples for MeHg (either filtered water, filters with particulate
matter, or sediments) were analyzed by steam distillation, ethylation
with sodium tetraethylborate, and isotope dilution gas
chromatography inductively coupled plasma mass spectrometry
(Hintelmann and Evans, 1997) using enriched Me199Hg as the
internal standard (Oak Ridge National Laboratories, 91.95%
199Hg). All MeHg analyses were carried out with a manual purge
and trap GC system as described in Kanzler et al. (2018) interfaced
to an Agilent 7500ce ICP-MS. Quality assurance/quality control
(QA/QC) measures included analysis of field blanks (filter blanks),
distillation blanks, a certified reference material (NIST 1566b oyster
tissue), and duplicate sample analyses. QA/QC data for MeHg
analyses is summarized in Supplementary Table S1.

Sample digestion and analysis protocols for THg analyses differed
depending on the subsample type. Filtered water samples for total Hg
analysis were digested overnight in 1% BrCl. Filters (for particulate
THg) and sediments were digested in 7:4 v/v HNO3:H2SO4 at 190°C for
2 h, diluted with deionized water (resistivity of 18.2 MΩ-cm), then
preserved with 1% BrCl. For filtered water samples and filters, THg was
determined by isotope dilution purge and trap dual gold trap Hg
amalgamation coupled to ICP-MS. Briefly, a 50–100 mL sample was
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added to a bubbler with 100 µL of 20% w/v hydroxylamine
hydrochloride (to reduce excess BrCl), 300 µL of 60 g/L SnCl2
reductant, and a known amount of enriched 201HgCl2 (Oak Ridge
National Laboratories, 98.11% 201Hg) and purged for 15 min onto a
sample trap containing glass beads coated with gold (Brooks Rand
Instruments, Seattle WA). Gold sample traps were heated via a
nichrome wire to release amalgamated Hg in a stream of argon gas
onto a second gold trap (the analytical trap), whichwas heated to release
Hg directly into the Agilent 7500ce ICP-MS. A small subset of filtered
THg samples were analyzed by an automated total mercury analysis
system (Brooks Rand Instruments MERX-T using SnCl2 reduction and
dual gold trap amalgamation) interfaced to a Perkin Elmer Nexion
2000 ICP-MS. Sediment samples which had higher THg concentrations
were analyzed by ICP-MS with flow injection reduction of Hg(II) to
Hg(0) using 60 g/L SnCl2 in 1% HCl (Graham et al., 2012). QA/QC
measures for THg analyses were identical to those for MeHg (except
that NIST 2709a San Joaquin soil was used as certified reference
material) and are summarized in Supplementary Table S1.

2.5 Other geochemical analyses

Dissolved Fe(II) was measured colorimetrically at 562 nm
following complexation with ferrozine reagent (Stookey, 1970).
Dissolved sulfide concentrations were measured using a sulfide ion
selective electrode calibrated against a Pb-titrated sulfide standard
(Clesceri et al., 2000). Major anion concentrations (chloride, nitrate,
and sulfate) were determined using isocratic ion chromatography
(Latchat 8000 series) with a carbonate eluent (2.6 mM Na2CO3 and
2.0 M NaHCO3, pH = 10.44) with conductivity detection and ion
suppression. Major and trace element concentrations other than Hg
were determined by ICP-MS using either an Agilent 7500 ce or Perkin
Elmer Nexion 2000. DOC concentrations were determined using a
Shimadzu TOC-VCSH/CSN analyzer. UV-Vis absorbance spectra were
measured in quartz cuvettes on a Cary 60 UV-Vis spectrophotometer
following addition of 0.2% w/v hydroxylamine hydrochloride to the
sample to minimize interference due to formation of light scattering
Fe(III) (oxy)hydroxides (Doane and Horwáth, 2010) upon sample
storage after filtering. QA/QC measures for DOC, anions, and trace
elements are provided in Supplementary Table S2.

2.6 THg and MeHg flux and yield estimation
for Cedar River

Three methods were utilized for computing fluxes of THg and
MeHg in the Cedar River. First, fluxes were estimated using the
program LOADEST (Runkel et al., 2004) as implemented in R (R
Core Team, 2019). LOADEST has the advantage of automated
selection from multiple regression models using the Akaike
Information Criterion, with computation of model coefficients
using an adjusted maximum likelihood estimation (AMLE). A
downside is the risk of overfitting given the relatively small
number of observations (n = 16 across 3 years).

In a second approach, we calculated daily fluxes based on daily
discharge andmedian THg orMeHg concentration. A third approach
relied on using high resolution turbidity (5 min time interval) and
discharge (at 15 min intervals) to estimate instantaneous fluxes at

15 min intervals. Turbidity data were available for a portion of 2018
(late February through mid-November), measured at the Conesville
station at 5 min intervals (data retrieved from the IowaWater Quality
Information System; IWQIS: https://iwqis.iowawis.org/app/). The
turbidity-based approach is discussed further in the results and
discussion below. Fluxes were converted to yields by dividing the
flux by the watershed area.

3 Results and discussion

3.1 Hg and MeHg dynamics and yields in the
Cedar River

A hydrograph for the Cedar River during the study period is
shown in Figure 2, and shows that discharge exceeded that required

FIGURE 2
(A) hydrograph for Cedar River near Conesville, Iowa (USGS
station number 05465000) during study period. Flood stage is 3.96 m,
corresponding to a discharge of ~594 m3/s. (B) Methylmercury
(MeHg) distribution between 0.45 µm filtered and particulate
phases; and (C) Total Hg (THg) distribution between 0.45 µm filtered
and particulate phases. Note that summed totals for total MeHg or
total THg do not include filtered THg data on 6/3/16 and 7/7/17 or
particulate MeHg data for 6/3/16 and 9/8/16 due to sample loss.
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for overbank flow on several occasions during 2016–2018. The Fall
2016 event corresponds to the second largest discharge on record.
Total unfiltered Hg concentrations in the Cedar River are also shown
in Figure 2 and ranged from 1.6 to 14.6 ng/L (mean = 8.6 ± 3.4 ng/L,
where uncertainty represents one standard deviation); median =
7.1 ng/L, n = 16), the bulk (nearly 80% on average) of which was
particulate THg (mean = 6.7 ± 3.4 ng/L; median = 6.7 ng/L). No
obvious seasonal trend is apparent, though few samples were
collected during low flow winter months due to ice cover.
Measured unfiltered THg concentrations are within the range
reported by others during the 1990s and early 2000s for UMRB
rivers at varying discharge scales (Hurley et al., 1995; Balogh et al.,
1998; 2005). Particulate THg concentrations were strongly
correlated to measured total suspended solids (TSS; r2 = 0.71, p =
0.0005), as shown in Supporting Information Supplementary Figure
S2. Unfiltered THg concentrations were well correlated with
discharge (r2 = 0.46, p = 0.004), likely due to a positive
relationship between discharge and TSS.

UnfilteredMeHg concentrations in the Cedar River ranged from
0.05 to 0.82 ng/L (mean = 0.30 ± 0.21 ng/L; median = 0.25 ng/L, n =
14), with the particulate fraction accounting for about 64% of total
MeHg. Total unfiltered MeHg was not strongly correlated with
unfiltered THg (Supplementary Figure S2). The lower fraction of
particulate MeHg compared to THg reflects stronger solid-solution
partitioning for inorganic Hg relative to MeHg–calculated log Kd’s
based on TSS (distribution coefficients with units of L kg-1) for THg
averaged 4.89 vs 4.21 forMeHg.Measured log Kd’s are similar to that
reported for Wisconsin rivers by Babiarz et al. (1998). The mean
unfiltered MeHg concentration for the Cedar River is similar to the
0.20 ng/L reported for the Minnesota River (Balogh et al., 2005) but
higher than that reported for agriculture-intensive watersheds in
Wisconsin (mean MeHg = <0.03–0.085 ng/L) (Hurley et al., 1995).
Approximately 4.8% of unfiltered THg was MeHg, also higher than
that reported for predominantly agricultural watersheds in
Wisconsin rivers (Hurley et al., 1995). The highest filtered MeHg
concentrations were observed in October 2016 May 2018 and
September 2018 following overbank flow events, consistent with
the idea that the floodplain is a significant MeHg source area.

Annual THg and MeHg yields were estimated using the daily
discharge data and measured concentrations (Table 1). Automated
model selection for both THg and MeHg in LOADEST resulted in a
model of the form:

ln flux( ) � α0 + α1lnQ (1)
where lnQ is the ln(observed daily discharge)—center of ln(daily
discharge). In the case of THg, this model described 81.2% of the
variability in THg flux (p < 0.0001), whereas the model for MeHg
only explained 40.6% of the variability in MeHg flux (p = 0.0039).

Yields calculated using LOADEST-derived fluxes ranged from 2.6 to
6.9 μg m-2 y-1 for THg and 0.09–0.18 μg m-2 y-1 for unfiltered MeHg.
Using the median concentrations of unfiltered THg and MeHg,
yields were estimated to be between 2.5 and 4.2 μg m-2 y-1 for THg
and 0.09–0.15 μg m-2 y-1 for MeHg. The median concentration and
LOADEST approaches agree closely for MeHg, but the median
concentration approach results in lower yields for THg in wet years.

An alternative approach for estimating THg yields is to use
turbidity as a proxy measure of particulate THg concentration.
Turbidity is strongly linearly correlated with TSS (Supplementary
Figure S3, r2 = 0.96, p < 0.001) and TSS is strongly correlated with
particulate THg (Supplementary Figure S2). A potential advantage
of this approach is that turbidity and discharge measures are only
weakly correlated (r2 = 0.01), an observation that is likely driven by
significant discharge-TSS hysteresis, so the high-resolution turbidity
measurements provide a more accurate real-time estimate of
sediment flux not captured by the regression models. For
example, during 2018, high turbidity occurred on the rising limb
of the hydrograph, but fell much more quickly than discharge
(Supplementary Figure S4). For 2018, where high resolution
turbidity data were available, the particulate THg yield was
estimated at 3.1 μg m-2 y-1 for the period 3/1 through 11/14/18.
Assuming that the particulate THg flux is 80% of the total Hg flux
(supported by concentration measurements in Figure 2C), the total
Hg yield for this period would be 3.9 μg m-2 y-1, within 10% of the
yield predicted based on median THg concentration (3.6 μg m-2 y-1

for the same interval). The LOADEST estimate for this same period
is significantly higher, about 6.1 μg m-2 y-1. High resolution turbidity
monitoring may be a useful proxy measure for THg in some
watersheds (Riscassi and Scanlon, 2013; Vermilyea et al., 2017),
as also demonstrated for phosphorus (Schilling et al., 2017),
providing more accurate estimates of Hg fluxes especially under
circumstances where suspended sediment delivery shows complex
relationships with discharge (see Supplementary Figure S4).

Total unfiltered Hg and MeHg yields for the Cedar River are
toward the higher end of what has been reported for agriculturally-
dominated watersheds elsewhere in the Upper Midwest
United States and even for many watersheds with much larger
proportions of forests and wetlands (Bishop et al., 2020). Unfiltered
MeHg and THg yields are above the 75th percentile (3.12 μg m-2 y-1

for THg, n = 80 and 0.091 μg m-2 y-1 for MeHg, n = 67) for all
watersheds reviewed by Bishop et al. (2020). Hurley et al. (1995)
reported mean watershed yields of 0.05 (fall) to 3.2 (spring) μg m-2 y-
1 for unfiltered THg in agricultural watersheds in Wisconsin in the
early 1990s. Balogh et al. (2005) reported THg yields of 0.3–6.4 μg m-

2 y-1 for the Minnesota River and its tributaries in the early 2000s.
Reported unfiltered MeHg yields range from 0.002 to 0.05 μg m-2 y-1

in Wisconsin rivers (Hurley et al., 1995) to 0.03–0.09 μg m-2 y-1 in

TABLE 1 Summary of annual Hg yields for the Cedar River watershed. Error estimates are standard errors derived from the LOADEST model.

Calendar
year

LOADEST predicted THg
yield (µg m-2 yr-1)

THg yield based on median
THg conc (µg m-2 yr-1)

LOADEST predicted
MeHg yield (µg m-2 yr-1)

MeHg yield based on median
MeHg conc (µg m-2 yr-1)

2016 5.2 ± 1.0 3.75 0.15 ± 0.05 0.13

2017 2.6 ± 0.3 2.5 0.09 ± 0.02 0.09

2018 6.9 ± 1.6 4.2 0.18 ± 0.07 0.15
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Minnesota Rivers (Balogh et al., 2005). Wet deposition for the Cedar
River watershed is estimated at 10–14 μg m-2 y-1 for the period
2016 to 2018 (NADP, 2019). Dry deposition and litter fall inputs of
Hg within this watershed are not known [but are often similar in
magnitude to wet deposition (Bishop et al., 2020)]. We are not aware
of any local point sources of Hg within the watershed. Relative to wet
deposition, observed THg yields thus represent watershed transfer
efficiencies of about 25% to nearly 70%.

High THg yields likely reflect high TSS loads in rivers of this
region. For 2018, we estimated TSS yield to be about 60 tons/km2,
similar to long-term observations of sediment yields for Iowa rivers
contributing to the Upper Mississippi River Basin (Heimann et al.,
2011; Jones and Schilling, 2011). High TSS loads can drive high THg
and MeHg yields even when mean Hg concentrations of soil
particles are fairly low (median THg concentration of suspended
sediments was 48 ng/g and median MeHg concentration was 1.5 ng/
g). Changing climate (increased frequency of intense rainfall events
(Mallakpour and Villarini, 2015)) and land management practices
(e.g., bringing conservation reserve program (CRP) lands back into
production) have potential to increase sediment yields, and hence
Hg yields, in this region.

3.2 Floodplain groundwater hydrology and
geochemistry

Riparian groundwaters and wetlands may be important sources
of MeHg to the Cedar River. In order to understand biogeochemical
processes controlling MeHg production, we monitored
geochemistry in groundwater and surface waters within the
adjacent river floodplain. Groundwater geochemistry was
monitored in six shallow monitoring wells, representing three
microtopographically “high” wells and three “low” wells over the
period June 2016 through July 2018. The south well has the highest
land elevation, but geochemistry was more similar to low wells.
Hereafter, we exclude the south well from our analysis when
discussing differences between low and high wells. Aquifer
sediments at high wells tend to be coarser grained and have
greater depth to water table (DWT) than low wells. Mean DWT
was about 0.6 m greater in high wells (1.10 m) compared to low wells
(0.47 m; p < 0.001 for one-way ANOVA). The rapid response of the
water table elevation to Cedar River discharge is indicative of high
hydrologic connectivity between the floodplain and the river.
Supplementary Figure S5 shows the strong linear relationship
(r2 = 0.78) between 5-day prior discharge of Cedar River and
DWT at the swale well. Our results are in close agreement with
insights provided by continuous monitoring of the water table in the
center well from 2005–2007, which suggested a lag of 1–6 days
between river discharge and water table elevation (Schilling and
Jacobson, 2009).

Low and high wells also showed contrasting geochemistry. High
wells had significantly lower specific conductance, higher DO, and
lower DOC compared to low wells averaged across all sampling
events (Supplementary Figure S6). Specific conductance was about
60% higher (p < 0.001 for one-way ANOVA) in low wells (mean =
352 ± 62 μS/cm) vs high wells (mean = 218 ± 51 μS/cm). DOC was
about double (p < 0.001 for one-way ANOVA) in low wells (mean =
4.07 ± 1.74 mg/L) compared to high wells (mean = 2.09 ±

1.25 mg/L). Groundwater pH was similar across all wells
(mean = 6.60 ± 0.34). Analysis of major cations and anions
suggested similar distribution of ions (see Piper diagram in
Supplementary Figure S7), though absolute concentrations were
significantly higher in low wells compared to high wells, consistent
with conductivity data. Alkalinity, estimated for these relatively hard
groundwaters as the difference between strong base cation
equivalents and strong acid anion equivalents, was nearly double
for low wells (mean alkalinity = 2.74 meq/L) vs high wells (mean
alkalinity = 1.35 meq/L). We posit that higher alkalinity and
dissolved solids for low wells reflect greater rates of carbon
mineralization at these sites, resulting in higher PCO2 in
groundwater, thus driving increased dissolution of carbonate
minerals. Increased dissolved inorganic carbon and carbonate
mineral dissolution in shallow aquifers in response to increased

FIGURE 3
Box and whisker plots summarizing differences in MeHg and THg
between microtopographically “high” and “low” wells and surface
waters. South well is not classified as either “high” or “low”. (A) filtered
MeHg; (B) filtered THg; (C) percent filtered THg as MeHg. Boxes
represent 25th and 75th percentiles, line the median, and whiskers the
10th and 90th percentiles; points represent outliers. Stations that do
not share a common letter are significantly different (α = 0.05) from
one another based on one-way ANOVA and Tukey post hoc
comparison.
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soil respiration in summer months are well-documented in other
similar systems (Tsypin and Macpherson, 2012). Alluvial sediments
at the high and low sites contain similar organic carbon in surficial
sediments, but low sites have 2–5 times more carbon at depths
greater than or equal to 0.5 m (Schilling and Jacobson, unpublished
data), supporting the idea that increased carbon availability leads to
greater subsurface microbial activity in the low wells. This
hypothesis is further supported by observations of DO in these
shallow groundwaters, as an indicator of aerobic microbial activity.
DO was about 60% higher (p = 0.001 for one-way ANOVA) across
all high wells (mean = 3.5 ± 1.9 mg/L) compared to all low wells
(mean = 2.2 ± 1.4 mg/L). No significant differences were observed
between low and high wells for other indicators of terminal electron
accepting processes, including nitrate, dissolved Fe(II), dissolved
Mn, and sulfate (Supplementary Figure S6).

3.3 Hg dynamics in groundwater

Filtered THg concentrations in shallow groundwater (mean =
0.87 ± 0.92 ng/L; median = 0.57 ng/L across all sampling sites and
dates) were similar to that observed in the Cedar River (mean =
0.94 ± 0.83 ng/L). Filtered MeHg concentrations (mean = 0.16 ±
0.26 ng/L; median = 0.087 ng/L) were slightly higher than that
observed for Cedar River (mean = 0.10 ± 0.08 ng/L). MeHg
represented about 22% of filtered THg for all groundwater
samples. These averages, however, may mask significant difference
in Hg andMeHg concentrations in time and space within the alluvial
aquifer. Figure 3 shows differences in THg andMeHg concentrations
averaged across all sampling dates. Filtered THg concentrations
generally ranged from 0.5 to 2 ng/L, with only a few exceptions,
and were not significantly different between wells, though both the
south well and swale well did have larger median concentrations.
Greater spatial variability existed for MeHg concentrations, with
MeHg concentrations ranging from below detection (0.029 ng/L) to
nearly 1.5 ng/L (a 50-fold difference). MeHg represented as little as
1% of filtered THg to as much as 94%, with a mean of 22% across all
sites and sampling dates. MeHg concentrations were greatest in the
low-lying north and swale wells.

There are few studies of Hg and MeHg in alluvial groundwater
with which to compare our findings. Vidon et al. (2013) measured
THg and MeHg in alluvial groundwaters at three sites in central
Indiana and observed lower filtered THg concentrations medians
ranging from 0.28 to 1.05 ng/L) and filtered MeHg concentrations
(medians ranging from 0.01 to 0.05 ng/L (Vidon et al., 2013). The
highest MeHg concentrations in groundwater at these sites were
observed during the summer months of July and August. Creswell
et al. (2008) reported THg concentrations in hyporheic wetland
sediments from northern Wisconsin of 2–10 ng/L and MeHg
concentrations of <0.05 to as much as 3 ng/L, more similar to
the range of MeHg and THg concentrations we observe in these
alluvial groundwaters in Iowa. Bradley et al. (2010) reported filtered
MeHg concentrations ranging from 0.1 to greater than 1.5 ng/L in
riparian pools fed by groundwater in a coastal plain floodplain of a
blackwater stream in South Carolina. Filtered THg concentrations
were reported to range from 1 to 10 ng/L in groundwater in a follow-
up study (Bradley et al., 2012). Of these studies, the work of
Vidon et al. (2013) is most similar in terms of geomorphic

setting–a river floodplain developed on glacial outwash/alluvium
with significant agriculture in upland portions of the watershed.
Vidon et al. (2013) concluded that riparian zones in regions with low
groundwater DOC may not contribute appreciable MeHg. Here, we
show higher MeHg in groundwaters, especially in response to rapid
groundwater table rise (see section 3.6 below), and suggest that such
hydrologically connected floodplains do constitute important
sources of MeHg during critical moments. For the Cedar River
system, the moments of highest MeHg in groundwaters immediately
precede the highest observed filtered MeHg concentrations in the
Cedar River (Figure 2).

Comparing wells sampled on the same date (see Supplementary
Figure S8), MeHg concentrations were on average about
2.5–7.9 times higher in the microtopographically low north and
swale wells compared to the microtopographically high center and
west wells. The low east well and unclassified south well were on
average 1.8–3.7 times higher compared to the center well, but similar
to the west well. Just as microtopography can influence carbon and
nutrient cycling (Schilling and Jacobson, 2012), Hg dynamics are
influenced by microtopography over very small spatial scales in this
alluvial aquifer. We hypothesize that these microtopographic
differences in groundwater MeHg reflect underlying geomorphic
control on biogeochemical processing of carbon and other redox
active solutes, as illustrated in the geochemical data in
Supplementary Figure S6. Our finding highlights the need for
consideration of microtopography in sampling design when
investigating Hg biogeochemistry in groundwaters where small-
scale spatial heterogeneity is likely to be important (e.g., river
floodplains).

To better understand the controls on Hg speciation in these
groundwaters, we examined relationships between MeHg and other
geochemical variables (Table 2). Significant positive correlations
were observed between filtered MeHg (FMeHg) and THg, DOC,
absorbance at 254 nm (A254, a parameter that depends on both
DOM concentration and DOM character, especially aromatic
carbon content (Weishaar et al., 2003)), dissolved Fe(II), and
temperature. The fraction of filtered THg as MeHg (%MeHg)
positively correlated with DOC, A254, dissolved Fe(II) and Mn.
The strong link between MeHg and DOC (r = 0.603) or A254

(r = 0.640) has been noted in numerous studies of surface waters
and wetlands (Hall et al., 2008) and may relate to the role of DOM as
a principal control of microbial community structure and function,
including Hg methylation (Graham et al., 2018), the role of DOM in
altering the bioavailability of inorganic Hg(II) for methylation
(Graham et al., 2012), and/or increased aqueous partitioning of
MeHg due to MeHg complexation by thiols in DOM (Skyllberg,
2008).

Interestingly, we did not observe any significant correlation of
MeHg or %MeHg with sulfate concentrations. The mean sulfate
concentration across all groundwater sites was 20.7 ± 20.9 mg/L,
about 35% lower than mean sulfate in the Cedar River. Sulfate
reduction was evidenced by minima in sulfate during the summer
months, as reflected in the inverse correlation of groundwater sulfate
with temperature shown in Table 2. Dissolved sulfide was rarely
detected above 2 µM (mean = 0.5 ± 1.9 µM; Supplementary Figure
S6) and showed no significant correlation with sulfate. Precipitation
of Fe-S minerals (e.g., mackinawite, FeS(s) (Rickard, 2006)) via
reaction of sulfide with dissolved Fe(II) produced from dissimilatory
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Fe reduction may explain the low sulfide concentrations in these
groundwaters. The highest sulfate concentrations, occasionally
exceeding 100 mg/L, occurred during early spring, when
groundwaters were more oxygen rich, suggesting internal cycling
of sulfur stores in aquifer sediments (e.g., oxidation of reduced Fe-S
minerals accumulating from prior sulfate and iron reduction).
Compared to many sulfate-limited freshwater wetlands where Hg
methylation has been extensively studied, sulfate supply may not
limit Hg methylation in these systems and/or Hg methylation may
be driven by microorganisms other than SRB (e.g., Fe-reducers,
methanogens, or fermentative bacteria (Gilmour et al., 2013)).
Recent studies investigating the diversity of hgcA in a variety of
freshwater environments have shown that whileDeltaproteobacteria
(which includes SRB and FeRB) are often well-represented amongst
Hg-methylators, other organisms, with diverse metabolisms,
including those belonging to Firmicutes, Spirochaetota,
Chloroflexota, Nitrospirota, and Methanomicrobia, can comprise
an important fraction of the Hg-methylator community (Schaefer
et al., 2014; Christensen et al., 2019; Jones et al., 2020; Xu et al.,
2021).

Significant positive correlations between %MeHg and dissolved
Fe(II) and Mn concentrations suggest that dissimilatory metal
reduction may be important to Hg methylation in this system.
Strong correlations between MeHg concentrations and dissolved
Mn have been noted in agricultural wetlands (i.e., rice fields; (Alpers
et al., 2014); and in a eutrophic reservoir (Beutel et al., 2020). We
note that Geobacter, which include a number of species capable of
Hg methylation (Gionfriddo et al., 2019), can reduce both Fe(III)
and Mn(III,IV) (hydr)oxides (Richter et al., 2012). Mn(III,IV)
hydroxides may also be reduced by dissolved Fe(II) (Schaefer
et al., 2017), complicating interpretation of relationships between
dissolved Mn and MeHg.

3.4 Hg dynamics in shallow wetland ponds

Wetland ponds represent another possible source of MeHg to
the Cedar River. Total Hg and MeHg concentrations in the shallow
wetland ponds tended to be greater than in groundwaters (Figure 3).
Across all three wetland ponds, mean filtered MeHg was 0.26 ±
0.27 ng/L (median = 0.17 ng/L, n = 45) and mean filtered THg was
1.24 ± 0.65 ng/L (median = 1.02 ng/L, n = 45). Due to a combination
of sediment suspension and primary production within these
shallow wetland ponds and streams, these waters contain
appreciable suspended particulate matter (Figure 4; mean SPM =
54.5 ± 71.4 mg/L; median SPM = 21.6 mg/L). Whole, unfiltered THg
and MeHg concentrations are thus appreciably higher than filtered
concentrations, averaging 4.89 ± 4.25 ng/L for THg (median =
2.96 ng/L) and 0.50 ± 0.48 ng/L for MeHg (median = 0.32 ng/L)
respectively. Filtered MeHg comprised 55% ± 21% (median = 53%)
of the total MeHg; for total Hg, this fraction was slightly lower, at
38% ± 24% (median = 37%). Distribution coefficients (log KD’s) for
partitioning between the dissolved phase and suspended sediments
averaged 4.5 ± 0.6 and 4.9 ± 0.5 for MeHg and THg respectively,
similar to that observed for the Cedar River. In general, no
significant differences in MeHg and THg concentrations or
partitioning behavior were observed across the three wetland
ponds, excepting higher THg in the south pond that had the
highest suspended particulate matter.

Similar to groundwater samples, we examined a correlation
matrix of Hg species concentrations and associated geochemical
and physical parameters for these wetland ponds (Table 3). Total
MeHg was significantly correlated with dissolved Mn and the
absorbance at 254 nm (Abs254), a parameter that reflects both
DOM concentration and aromaticity (Weishaar et al., 2003).
Total Hg was most strongly correlated with SPM and DOC.

TABLE 2 Correlation matrix for groundwater samples. Correlation coefficients in bolded-italics indicate significance at α = 0.05 level.

FMeHg %
MeHg

FTHg DO DOC Sulfate Fe(II) Mn Nitrate pH Conductivity T Abs254

FMeHg

%MeHg 0.634

FTHg 0.336 −0.142

DO −0.109 −0.029 −0.18

DOC 0.603 0.439 0.366 −0.205

sulfate −0.082 −0.003 −0.178 0.481 −0.093

Fe(II) 0.240 0.326 0.028 −0.375 0.484 −0.216

Mn 0.208 0.259 0.06 −0.273 0.098 −0.251 0.558

nitrate −0.136 −0.216 −0.089 0.346 −0.184 −0.051 −0.175 −0.244

pH −0.038 −0.029 −0.056 −0.055 −0.024 −0.057 −0.104 −0.021 −0.037

conductivity 0.119 0.087 0.219 −0.367 0.579 −0.046 0.333 0.073 −0.209 0.061

T 0.237 0.228 0.261 −0.578 0.378 −0.512 0.229 0.236 −0.307 0.048 0.155

Abs254 0.640 0.500 0.212 −0.263 0.628 0.021 0.479 0.272 −0.139 0.143 0.284 0.176

water table
elevation

0.195 0.014 0.302 −0.221 0.359 −0.001 0.258 0.009 0.133 −0.156 0.282 0.037 0.445
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Several earlier studies have highlighted the link between DOM and
MeHg in wetland systems. Hall et al. (2008) found that MeHg in
wetlands in coastal Louisiana was highly correlated with the
hydrophobic acid fraction of DOM, but weakly correlated with
bulk DOC.Mitchell and Gilmour (2008) observed strong correlation
of Hg methylation rates in wetland sediments with SUVA280 and
slope ratio (SR) (Helms et al., 2008), spectroscopic measures mostly
strongly related to DOM molecular weight and aromaticity. Our
results suggest tight coupling of DOM andMeHg in inland wetlands
within agriculturally-dominated regions of the UMRB. Recent
advances in measuring individual low molecular weight (LMW)
thiols (Liem-Nguyen et al., 2021) and sulfur-containing compounds
in DOM by high-resolution mass spectrometry (HR-MS) (Mangal
et al., 2022) indicate the importance of thiols to Hg methylation in
freshwater wetlands, presumably by controlling Hg bioavailability to
Hg-methylating organisms (Graham et al., 2012; 2017). Increased
anthropogenic sulfur inputs in regions with intensive corn and soy
cultivation appear likely as soils may become sulfur-depleted
following acid deposition recovery (Hinckley et al., 2020). Such
sulfur inputs could induce changes in microbial community
structure (Jones et al., 2020) and/or Hg bioavailability for
methylation due to complex linkages between sulfide, DOM, and

Hg (Graham et al., 2017; Poulin et al., 2017) that alter MeHg
production in terrestrial ecosystems.

3.5 Hg methylation potentials in wetland
pond sediments

Observations of Hg speciation in wetland waters were
supplemented by measurements of Hg speciation and Hg
methylation potentials in shallow sediment cores. Total Hg
concentrations in wetland sediments were generally between
70 and 100 ng/g dry weight and generally decreased slightly with
depth (Figure 5). MeHg concentrations were greatest in near surface
sediments, reaching 1 ng/g dry weight, up to 1.6% of THg.
Methylation potentials were determined in short term
incubations with injection of enriched 201Hg pre-equilibrated with
filtered surface water from each site and were greatest (kmeth

exceeding 0.15 d-1) in surface sediments.
Surficial sediments in the SWO ponds have methylation

potentials toward the upper end of the range reported previously
for other freshwater wetlands (Hoggarth et al., 2015), indicative of
robust Hg methylation potential within wetlands of the Cedar River

FIGURE 4
Hg speciation associated with suspended particulate matter (SPM) at SWO surface water sites. (A) Particulate MeHg; (B) particulate THg; (C) total
MeHg (sum of filtered and particulate MeHg); (D) total THg (sum of filtered and particulate THg); (E) distribution coefficient (KD) for partitioning between
dissolved phase and SPM for MeHg; (F) KD for THg; and (G) SPM. Boxes represent 25th and 75th percentiles, line the median, and whiskers the 10th and
90th percentiles; points represent outliers. Stations that do not share a common letter are significantly different (α = 0.05) from one another based
on one-way ANOVA and Tukey post hoc comparison. Note that SPM was sampled beginning 4/25/17 and through last sample collection on 9/4/18, so
panels e, f, and g correspond to that time frame only. Panels a–d include data from the full study period beginning in June 2016.
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TABLE 3 Correlation matrix for SWO surface water samples. Correlation coefficients in bolded-italics indicate significance at α = 0.05 level.

F MeHg % FTHg as MeHg F THg SPM P MeHg P THg Total MeHg Total THg DO DOC SO4
2- Fe(II) Mn NO3

− pH Conductivity T

% MeHg 0.772

FTHg 0.463 −0.103

SPM −0.059 −0.099 0.055

PMeHg 0.355 0.270 0.110 0.367

PTHg −0.073 −0.058 −0.102 0.841 0.299

total MeHg 0.794 0.607 0.333 0.148 0.850 0.138

total THg −0.002 −0.074 0.050 0.849 0.318 0.988 0.191

DO −0.420 −0.204 −0.317 0.208 −0.110 0.195 −0.303 0.149

DOC −0.088 −0.065 −0.135 0.265 0.174 0.438 0.066 0.420 0.174

sulfate 0.060 −0.070 0.155 −0.052 −0.122 −0.083 −0.032 −0.059 0.255 −0.273

Fe(II) 0.202 0.064 0.151 −0.123 0.257 −0.094 0.280 −0.071 −0.421 0.198 −0.147

Mn 0.368 0.270 0.176 −0.100 0.223 −0.113 0.349 −0.087 −0.442 0.220 −0.047 0.538

nitrate 0.142 0.114 0.288 0.018 −0.122 −0.218 0.009 −0.175 0.015 −0.322 0.071 −0.133 −0.211

pH 0.051 0.282 −0.218 −0.113 0.080 −0.054 0.113 −0.085 0.385 0.142 −0.185 −0.045 −0.078 −0.081

conductivity −0.062 −0.139 0.202 −0.238 −0.052 −0.192 −0.062 −0.165 0.146 −0.205 0.136 −0.111 −0.048 0.225 0.002

T 0.160 0.391 −0.100 −0.056 0.192 0.103 0.211 0.089 0.095 0.388 −0.460 0.036 −0.007 0.044 0.479 0.272

Abs254 0.503 0.369 0.207 0.066 0.568 0.100 0.652 0.131 −0.447 0.708 −0.193 0.398 0.515 −0.341 0.194 −0.255 0.389
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floodplain. Interestingly, the %MeHg observed in sediments (not
exceeding 1.6%) is relatively low given the large values of kmeth

observed. We hypothesize that MeHg degradation in SWO
sediments may be comparatively fast and relatively invariant with
depth, leading to the strong correlation between kmeth and MeHg in
sediment (Figure 5G). Future studies at SWO will investigate
biological and dark abiotic MeHg degradation processes, which,
apart from MeHg degradation by merB containing organisms,
remain poorly understood (Barkay and Gu, 2022).

3.6 Response to hydrologic events

Geochemistry in groundwaters and wetlands can change rapidly
in riparian zones with high hydrologic connectivity. During the
summer of 2018, we sampled at SWO just before and after overbank
flow events of the Cedar River (Figure 6). We observed that filtered
Hg and MeHg concentrations in groundwater increased markedly
immediately following flood conditions. In the low-lying swale well
(Figure 6B), groundwater MeHg concentrations increased 17 to 35-

FIGURE 5
Total Hg, MeHg, and Hg methylation potential in center pond sediment cores on three dates in summer 2018 ((A-C) respectively) and a south pond
sediment core on 7/19/18 (D-F). (G) shows correlation between Hg methylation potential (kmeth) and MeHg concentrations for all samples.
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fold (from as little as 0.04 ng/L to 1.4 ng/L) following flood events.
THg concentrations also showed significant increases, about 5-fold
(from 0.5 to 2.7 ng/L) following flooding. During this period, we
observed tight coupling with DOC concentrations. We hypothesize
that water table rise into the OM-rich surface soils results in leaching
of both DOM and THg and supports high MeHg production. A
similar trend for MeHg and THg following flooding was observed
within the center pond wetland, but DOC was actually highest
during the June sampling with the lowest MeHg (Figure 6C).
Apparent mismatch between peak DOC and peak MeHg and
THg at this site may relate to shifting sources of DOM within
the pond that have differential impact on Hg bioavailbity for
methylation. DOM may be transported into the pond via both
overland flow and groundwater, as well as being produced
autochthonously via leakage from phytoplankton. Periods of
groundwater table rise or overland flow are likely to increase the
delivery of allocthonous DOM. During dry periods, groundwater
recharge of the pond will be reduced, and DOM will be mostly
derived from algal biomass produced within the pond. Laboratory
experiments indicate that high molecular weight, more aromatic
allocthonous DOM is especially effective at enhancing Hg
methylation by Hg-methylating bacteria (Graham et al., 2013).

Importantly, we see no evidence that delivery of nitrate rich
water suppresses Hg methylation during flooding. Nitrate
concentrations in the Cedar River averaged 6.5 ± 1.7 mg N/L
during the 2018 sampling dates but were markedly lower in
wetlands (0.43 ± 1.0 mg N/L) and alluvial groundwaters (0.21 ±
0.51 mg N/L) over the same period. Nitrate inputs have potential to
suppress other less-energetically favorable terminal electron
acceptor processes. If the suppressed processes are the dominant

metabolisms associated with Hg methylation, then nitrate addition
may inhibit microbial Hg methylation. Nitrate addition to a sulfate-
rich stratified freshwater lake resulted in lowered MeHg
concentrations in hypolimnetic waters, likely related to both
shifts in terminal electron acceptor processes and the formation/
stability of iron-oxide layers at the sediment-water interface that
adsorb and store MeHg (Todorova et al., 2009; Matthews et al.,
2013). In this system, we see no buildup of nitrate in either alluvial
groundwaters or wetland surface waters at or near flood conditions.
The supply of labile organic carbon in this system is likely sufficient
to allow for rapid denitrification and less-energetically favorable
microbial metabolisms associated with Hg methylation (e.g., iron
and sulfate reduction and methanogenesis).

Clearly, flood events result in significant increases in Hg and
MeHg available for transport within the Cedar River floodplain. We
posit that river floodplains are important “control points”
(Bernhardt et al., 2017) for downstream delivery of Hg and
MeHg. Hydrologic connectivity between floodplain and river
likely plays an important role in the efficiency of both
stimulation of Hg methylation and subsequent Hg and MeHg
transport. Flood frequency has increased in the central
United States over the last 50-plus years (Mallakpour and
Villarini, 2015). Streamflow estimates derived from coupled
downscaled precipitation projects and a hillslope link model for
the Cedar River basin project a 50% increase in the Cedar River
discharge during a flood with a 100-year recurrence interval by the
end of the 21st century (Quintero et al., 2018). While increased
streamflow will almost certainly lead to increased fluxes of Hg and
MeHg (see section 3.1), our results suggest this effect may be
amplified, especially for MeHg, by increased MeHg production
within riparian zones during floods. Climate change thus has
potential to partially offset reductions in export of Hg and MeHg
from terrestrial ecosystems achieved by emissions reductions via
implementation of the Minamata Convention. Long-term
monitoring of Hg and MeHg in fluvial systems could serve an
important role in measuring the effectiveness of the Minamata
Convention and climate-change driven changes in Hg
biogeochemistry and transport.

4 Conclusion

There are few, if any, reports of MeHg or THg in rivers of Iowa
or wetlands of the UMRB. MeHg concentrations measured at SWO
(<0.03 to as much as 1.5 ng/L) fall within the range reported for lakes
and wetlands in the upper plains region of the United States and
Canada (Sando et al., 2007; Hall et al., 2009; Cowdery and Brigham,
2013; Hoggarth et al., 2015). MeHg concentrations in SWO
groundwaters and wetlands were strongly correlated with DOC
and reduced metal (Fe and Mn) species, suggesting a role for
dissimilatory metal reduction in Hg methylation at these sites.
Groundwater transport of dissolved MeHg and THg in river
systems with high hydrologic connectivity between river and
floodplain may play an underappreciated role in Hg and MeHg
export from terrestrial ecosystems. Hg speciation and other
geochemical variables show significant spatiotemporal variability
on small scales (meters and days), linked to landscape position
(geomorphic control) and water table elevation (hydrologic control).

FIGURE 6
Response to flood events during summer 2018, showing (A)
water table rise and fall in swale well; (B) groundwater chemistry in
swale well; and (C) surface water chemistry in center pond.
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While fine-scale variability of DO and nutrient biogeochemistry
within this landscape has been noted previously (Schilling and
Jacobson, 2012) we extend that understanding to include trace
element biochemistry. The reality of such fine-scale
spatiotemporal variability highlights the importance of adequate
sampling density in environmental monitoring and assessment for
Hg in patchy landscapes, like ridge and swale floodplains.

We contend that riparian groundwaters and wetlands act as
critical ecosystem control points (Bernhardt et al., 2017) for Hg
trophic transfer in terrestrial ecosystems and downstream export of
MeHg. MeHg concentrations increase rapidly in response to flood
events, leading to increased transport and potential wildlife
exposure. The SWO preserve is a high-value ecosystem that
provides critical habitat for waterfowl and endangered reptiles
and amphibians (SWO is part of a designated Amphibian and
Reptile Conservation Area within the state of Iowa). Further
studies on the impacts on wildlife in these ecosystems are warranted.

Total Hg andMeHg fluxes for the Cedar River watershed ranged
from 2.6 to 6.9 μg m-2 yr-1 for THg and 0.09–0.18 μg m-2 yr-1 for
MeHg. The THg flux can represent near 50% of total wet deposition
in this region. The high watershed transfer efficiency of THg is
almost certainly linked to high rates of soil loss and sediment
transport. Our findings suggest that agricultural watersheds may
be overlooked contributors of export of THg and MeHg from
terrestrial ecosystems. Given the importance of suspended
sediment to THg transport (and MeHg to a lesser extent), land
use and management (e.g., soil conservation practices vs new land in
production) and climate change (e.g., increased frequency and shifts
in seasonality of extreme precipitation events) have the potential to
alter riverine Hg and MeHg fluxes in this region. Long-term
monitoring of Hg and MeHg fluxes in intermediate and large-
scale watersheds like the Cedar River is a valuable tool for
evaluating changes in the global biogeochemical cycle of Hg,
such as land to sea fluxes, that are likely to change in response to
implementation of the Minamata Convention and climate change.
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Methylmercury in soils and vegetation from the Amazonian rainforest is still poorly
studied. Hence, the aim of this work was to determine the total mercury [THg] and
methylmercury [MeHg] concentrations in litter and surface soil, MeHg deposition
via litterfall, and the MeHg fate during a forest fire in the Amazonian rainforest.
Sampling of litter, soil (0–1, 1–2, and 2–5 cm), and ash was carried out before (BB)
and after (AB) a prescribed forest fire. The results showed a low [THg] (34 ±
8 ng g-1) and [MeHg] (0.16 ± 0.03 ng g-1) value in litter, with a correspondingly low
estimate of the MeHg litterfall flux (0.13 ± 0.03 μgm-2 yr-1) which has been
probably underestimated due to potential losses during the field experiment. In
ashes, [THg] and [MeHg] values were 23 ± 8 ng g-1 and 0.11 ± 0.04 ng g-1,
respectively. Although a significant part of Hg contained in the biomass was
lost during the fire, the [MeHg]/[THg] ratio was not affected by it and was the same
in litterfall and ash (~0.5%). In soil, the average [THg] BB valuewas 149 ± 12 ng g-1 in
the three layers and [MeHg] was between 0.8 and 1.0 ng g-1. The forest fire only
affected the superficial soil, with a significant decrease of [THg] and [MeHg] in the
0-1 cm layer. Similarly, the decrease of the [MeHg]/[THg] ratio in the surface soil
layer suggested that MeHg was more readily emitted or degraded than the other
Hg species present.

KEYWORDS

mercury, methylmercury, litterfall, soil, ash, forest fire, tropical forest

1 Introduction

Forests have been recognized as key ecosystems in the global biogeochemical Hg cycle
(Wang et al., 2016; Outridge et al., 2018; Bishop et al., 2020; Zhou et al., 2021). The forest
canopy is highly efficient in trapping atmospheric Hg through the stomatal uptake of gaseous
elemental mercury (Hg0) and by the adsorption of particulate-bounded mercury (PBM) and
reactive gaseous mercury onto leaf surfaces (Jiskra et al., 2018; Zhou et al., 2021).
Methylmercury (MeHg), one of the most toxic and bioaccumulating Hg species, is also
expected in tree leaves, mainly originating from MeHg atmospheric depositions (Graydon
et al., 2008; Tsui et al., 2012; Ma et al., 2015; Gerson et al., 2022). As the root absorption of Hg
is very low, in noncontaminated sites, a significant contribution in this manner is not
expected (Graydon et al., 2009; Tabatchnick et al., 2012). Mercury fixed in the foliage is then
transferred to the forest floor via litterfall and throughfall (rain that washes plant surfaces
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off). Some studies showed the total mercury (THg) andMeHg fluxes
in throughfall and litterfall are many times higher than those in
direct wet deposition in open areas (Branfireun et al., 1998; Louis
et al., 2001; Mowat et al., 2011; Gerson et al., 2022). Mercury is then
sequestered in soil generally associated with organic matter (Bishop
et al., 2020). However, in ferralitic soils (Oxisols), which are largely
present in the Amazonian region, Hg mainly adsorbs onto Fe-oxy-
hydroxides, while the MeHg concentration seems to be more
dependent on the organic matter quality and quantity (Roulet
and Lucotte, 1995; Roulet et al., 2001).

Global mercury deposition through litterfall has been
estimated to be between 1,000 and 1,200 Mg yr-1 (Wang et al.,
2016; Obrist et al., 2018) with 30% of the total deposition in
temperate/boreal forests and 70% in tropical/subtropical forests.
This accounts for approximately one-third of the total Hg
deposition on land (Mason et al., 2012), also equivalent to
50%–60% of global anthropogenic emissions (Pirrone et al.,
2010). A higher efficiency of tropical/subtropical forests in
transferring atmospheric Hg via litterfall is mainly attributed
to the higher litterfall biomass production (Wang et al., 2016;
Schneider et al., 2023). Biological factors such as the presence of
evergreen broadleaf species with long leaf lifespans and strong
foliage assimilation also result in higher Hg concentrations in the
foliage and litterfall (Fostier et al., 2015; Wang et al., 2016;
Teixeira et al., 2017; Pleijel et al., 2021; Gerson et al., 2022).
As for other Hg species, [MeHg] in tree leaves and litter also
largely depend on the forest type (Witt et al., 2009). As tropical
forests are commonly rich in perennial broadleaved species with
high litter production, relatively high atmospheric MeHg inputs
are expected in these environments (Zhou and Obrist, 2021).
However, to our knowledge, [MeHg] has not yet been measured
in tree leaves from tropical forests, and only one dataset of
[MeHg] in litter samples from the Amazonian rainforest is
available (Roulet et al., 2001).

Forests can also provide favorable environments for Hg
methylation processes (Eklöf et al., 2018), enhancing the
potential risk to the terrestrial biota (Rieder et al., 2011;
Ackerman et al., 2016). Lowland forests are frequently pointed
out as hotspots for Hg methylation due to soil saturation and
anoxic conditions that favor the methylation process (Bishop
et al., 2020). In the Amazonian region, some studies showed that
seasonal flooding of the forest results in high [MeHg] in litter and
organic horizons of forest soils (Guimaraes et al., 2000; Roulet et al.,
2001; Guedron et al., 2011). Mercury methylation can also take place
in organic surface soils in uplands (Bishop et al., 2020); however, this
process was poorly studied, especially in forested tropical uplands
(Shanley et al., 2020).

Deforestation and some forest management practices can
enhance the mobilization of Hg stocked in soils through leaching
and runoff processes, therefore increasing Hg transport toward the
streams (Fostier et al., 2000; Roulet et al., 2001; Patry et al., 2013;
Bishop et al., 2020), where the methylation process results in the
production of MeHg (Bishop et al., 2020). By studying the long-term
impact of forest fires on Hg concentrations at Acadia National Park
(United States), Patel et al. (2019) suggested that fire enhanced
MeHg production in superficial soil. However, the sources and fate
of MeHg in forests are still poorly known, especially in tropical areas
(Schneider et al., 2023). As far as we know, the effects of fire on

MeHg volatilization and degradation have never been studied, albeit
biomass burning was suggested as a possible source of atmospheric
MeHg (Zhang et al., 2019).

The Amazonian rainforest represents over half of the planet’s
remaining rainforest. The vegetation in the region is mainly semi-
deciduous or evergreen tropical forests, but the species composition
varies widely due to the differences in the soil type and altitude
across the basin (Sombroek, 2000). From the different vegetation
types, it was estimated that approximately 66% of soils are covered
by the so-called old-growth terra firme forests (Saatchi et al., 2007;
Chave et al., 2010), which are part of the upland (never flooded)
forests. For this biome, the total Hg deposition via litterfall was
estimated to be 268 ± 77 Mg y-1 (Fostier et al., 2015), whereas the
total Hg input from the atmosphere was estimated to be 332 Mg y-1

(Feinberg et al., 2023). Conversely, in the Brazilian Amazon, which
accounts for the main part of this tropical forest, approximately 8 ×
103 km2 were deforested yearly over the 2008–2022 period, which
was mainly performed by clearing and biomass burning (INPE,
2023). Although a growing body of evidence has shown the
importance of tropical forests in the global Hg cycle, Hg in soils
and vegetation from the Amazonian rainforest has still been poorly
studied and very few data are available for MeHg in these regions.
Therefore, the aim of this work was two-fold: 1) to determine THg
and MeHg concentrations in litter and soil in an upland forest
located in the Brazilian Amazon basin and 2) to calculate the fluxes
of MeHg via litterfall, as well as the impact of prescribed forest
burning on theMeHg fate at the interface soil/ash/atmosphere in the
same region.

2 Materials and methods

2.1 Experimental area and sampling

This study was performed in the western Brazilian Amazon
region within a 150 m × 150 m native forest area (8°38’S 63°11′W)
located approximately 20 km from Candeias do Jamari city
(Rondônia state, Brazil) (Figure 1). The vegetation type present
in the experimental area is old-growth terra firme forests (Chave
et al., 2010) and the soil is classified as Oxisols (Almeida et al., 2005).
The prescribed fire experiment was conducted according to the
slash-and-burn practice commonly applied for deforestation in this
region (Fire experiment authorization 204/2014 Secretaria de Estado
do Desenvolvimento Ambiental). Details on the complete
experiment can be found in the work of Carvalho et al. (2016).
In brief, the first step was to perform a forest inventory of the trees
with the diameter at breast height (DBH) being >10 cm in the
central 1 ha (Supplementary Figure S1). The forest was then cleared
at the beginning of the dry season (July), and burning was performed
at the end of August when the vegetation was sufficiently dry.
Although the total area (2.5 ha) was burned, the combustion
completeness (CC) of the fine material (branches with
diameter <10 cm, litter, and leaves) was estimated in 12 different
4 m2 subareas distributed in the 1 ha central area, as shown in
Supplementary Figure S1. In each area, the biomass was weighted
before (BB) and after the burning (AB) (both in August) and CCwas
calculated as the percentage of the burned biomass, as detailed in
Supplementary Table S1. Details on fuel loading and ash mass in
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each subarea are presented in Supplementary Table S1. The
consumption of logs (DBH >10 cm) and larger branches
(D >10 cm) in the 1 ha central area was also estimated as
detailed in the work of Carvalho et al. (2016). Litter, soil (0–1,
1–2, and 2–5 cm), and ash sampling was carried out in nine of these
subareas (Supplementary Figure S1). In each area, each sample was
composed of three subsamples that were mixed and homogenized.
Soil was collected using an acid-washed plastic shovel and litter was
collected with hands using gloves. The samples were stored in
doubled plastic bags for transport to the laboratory, dried at
room temperature in a laminar flow hood, milled in a mortar
(with the aid of liquid N2 for litter), and stocked in
decontaminated HDPE flasks.

2.2 Analyses and quality control

2.2.1 Total mercury
The determination of the total mercury concentration [THg]

was carried out through thermodesorption atomic absorption
spectrometry (DMA-80 Tri-Cell, Milestone), according to the
work of Melendez-Perez and Fostier (2013). Accuracy, expressed
as the average percentage of recovery (±1 standard deviation, s) of
the THg certified concentration, was assessed by analyzing standard

reference materials (SRMs). It was 113% ± 8% for NIST-2689 (coal
fly ash), 113% ± 5% for NIST-1632d (trace elements in coal), 99% ±
5% for IAEA-433 (trace elements in marine sediments), and 93% ±
2% for IAEA-336 (trace and minor elements in lichens). Precision
was calculated as the relative standard deviation (1 s) of three
analytical replicates and was always <10%. The limit of detection
(LOD) and of quantification (LOQ), calculated based on the angular
coefficient of analytical curves, were 1.7 ± 0.1 and 5.6 ± 0.5 ng g-1,
respectively, for litter analyses, 1.3 ± 0.1 ng g-1 and 4.5 ± 0.4 ng g-1 for
ash, and 0.75 ± 0.06 and 2.5 ± 0.2 ng g-1 for soil.

2.2.2 Methylmercury
A precise and accurate method based on species-specific isotope

dilution and gas chromatography coupled to inductively coupled
plasma mass spectrometry (GC-ICPMS), which allows the
simultaneous determination of the methylmercury concentration
[MeHg] and inorganic Hg [iHg], was used for MeHg quantification
in the different matrices studied in this work (Rodriguez Martin
Doimeadios et al., 2003; Monperrus et al., 2008; Clemens et al.,
2011). This analytical methodology has already been assessed for soil
and vegetal samples (Feng et al., 2016) and more details on the
protocol are briefly given in Supplementary Text S1 and in more
detail in the previous works (Monperrus et al., 2008; Clemens et al.,
2011). For MeHg, the analytical method recovery was assessed by

FIGURE 1
Location of the study area (Candeias do Jamari, RO).
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analyzing the SRM IAEA-405 (trace elements and MeHg in marine
sediments) and calculating the ratio (%) between the obtained and
certified [MeHg]. Total Hg species (THgsp) recovery was also
calculated for IAEA-405, IAEA-336, and litter, ash, and soil
samples as the ratio between [MeHg] + [iHg] and [THg]. The
precision was calculated as the relative standard deviation of three
analytical replicates. The limit of detection and quantification were
calculated based on the parameters of the analytical curves. For
MeHg, LOD and LOQ were 0.006 and 0.020 ng g-1, respectively.
Recovery for IAEA-405 was 100.4%, and the precision was <5%;
detailed data are given in Supplementary Table S2.

For iHg, LOD was 0.07 ng g-1 and LOQ was 0.23 ng g-1. For
THgsp, it was 95.4% and 89.1% for IAEA-405 and IAEA-336,
respectively, and the precision was <5%. For litter and ash
samples, THgsp recovery ([MeHg] + [iHg]) × 100/[THg]) was
73% ± 8% and 50% ± 12%, respectively (Supplementary Tables
S3, S4). For soil, it ranged from 46% ± 7% to 52% ± 7%
(Supplementary Table S5).

2.2.3 Determination of the organic matter content
The organic matter content was determined in litter, ash,

and soil samples via gravimetric analysis. The previously dried
samples were burned for 2 h at 360°C in a muffle furnace; then,
the percentage lost on ignition was used to estimate the
organic matter content (North Central Regional Research,
2012).

2.3 Statistical data treatment

Data processing was conducted using PAST (Paleontological
Statistics, version 4.11) (Hammer et al., 2001), GraphPad Prism
version 10.0.0 (Boston, MA, United States), and XLSTAT®
software. The normality of the datasets was assessed using
the Shapiro–Wilk test. To evaluate the statistical differences
between normally distributed datasets, Student’s t-test was
employed. Furthermore, one-way ANOVA was used to assess
the differences among more than three sets of normally
distributed data. All statistical analyses were carried out with

a significance level of 95% (α = 0.05). Pearson’s correlation
coefficient (r) was also analyzed to assess the degree of
dependence between pairs of variables (i.e., combustion
completeness (%), total biomass (kg m-2), OM lost from
vegetation (%), THg lost from vegetation (%), MeHg lost
from vegetation (%), OM lost from 0–1 cm soil (%), THg lost
from 0–1 cm soil, and MeHg lost from 0–1 cm soil).

3 Results

3.1 Total [THg] and methylmercury
concentrations

All the results presented a normal distribution, except the dataset of
[MeHg] in the 0–1 cm soil layer AB, in which the CJ12 [MeHg]
(1.18 ng g-1) appeared as an outlier (Grubbs’ test for outliers; p <0.05)
(Figure 2). However, the rest of the data were normally distributed after
removing this value. Paired Student’s t-test was then applied to compare
the different datasets (i.e., litter and ash, soil BB or AB at different
depths, and soil BB and AB at the same depth).

[THg] in litter ranged from 25.0 to 50.0 ng g-1 (Table 1) and
was significantly higher than that in ash (paired Student’s t-test,
p <0.05). In soil, the overall average [THg] was 149 ± 12 ng g-1

(Table 2), and there was no difference among layers. After burning,
a significant decrease was only observed in the 0–1 cm layer
(p <0.05).

The average [MeHg] was 0.16 ± 0.03 ng g-1 in litter, ranging
from 0.11 to 0.21 ng g-1 (Table 1). Following the same trend
observed for [THg], it was significantly higher than the [MeHg]
in ash (p <0.05), where the average was 0.11 ± 0.04 ng g-1, ranging
from 0.04 to 0.18 ng g-1. Before burning, in the superficial soil layer
(0–1 cm), the average [MeHg] was 1.0 ± 0.2 ng g-1 (Table 2), ranging
from 0.67 to 1.23 ng g-1 (Figure 2), which was not significantly
different from [MeHg] in the other two layers BB. After burning,
a significant decrease was only observed in the 0–1 cm layer (paired
Student’s t-test; p <0.05), in which the average [MeHg] value was
0.7 ± 0.1 ng g-1, ranging from 0.54 to 0.88 ng g-1, albeit it should be
noted that in this layer, MeHg was not determined in the CJ11

FIGURE 2
Methylmercury concentration (ng g-1) in soil samples from the experimental subareas before and after burning in the three sampled layers (0–1, 1–2,
and 2–5 cm). The CJ11 0–1 cm layer was not analyzed.
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sample. Furthermore, as CJ12 [MeHg] AB (1.18 ng g-1) appeared as
an outlier, it was not included in the average calculation.

The average [MeHg]/[THg] ratio in litter (0.5 ± 0.2 ng g-1)
(Table 1) was the same as in ash (0.5 ± 0.2 ng g-1). In the 0–1 cm
soil layer, the average ratio was 0.7 ± 0.1 ng g-1 before (0.50–0.74 ng g-1)
and 0.5 ± 0.1 ng g-1, ranging from 0.36 to 0.65 ng g-1 after burning. In
the other soil layers, the average ratio varied between 0.5 ± 0.2 ng g-1 and
0.6 ± 0.2 ng g-1 BB and AB.

3.2 Organic matter content in litter, ash, and
soil samples

The average OM content in litter was 91% ± 3% (w w−1), which
significantly decreased to 29% ± 11% in ash (paired Student’s t-test,
p <0.05) (Figure 3). In soil, before burning, it was 21% ± 5%, 10% ±
2%, and 7% ± 2% in the 0–1, 1–2, and 2–5 cm layers, respectively.

TABLE 1 Concentrations of total mercury [THg] and methylmercury [MeHg] (ng g-1) in litter and ash, with their respective [MeHg]/[THg] ratios expressed in %.

Experimental area Litter Ash

THg MeHg MeHg/THg THg MeHg MeHg/THg

(ng g-1) (ng g-1) (%) (ng g-1) (ng g-1) (%)

CJ1 40.0 0.19 0.48 23.9 0.11 0.46

CJ3 50.0 0.15 0.30 11.8 0.09 0.76

CJ4 25.0 0.15 0.61 30.7 0.08 0.26

CJ5 36.8 0.16 0.43 28.8 0.14 0.49

CJ6 31.0 0.21 0.68 27.5 0.13 0.47

CJ8 25.2 0.19 0.76 21.8 0.18 0.82

CJ9 32.9 0.13 0.39 11.7 0.10 0.85

CJ11 28.0 0.11 0.39 16.5 0.04 0.24

CJ12 34.7 0.16 0.46 30.3 0.10 0.33

Average ± 1 s 33 ± 8 0.16 ± 0.03 0.5 ± 0.2 23 ± 8 0.11 ± 0.04 0.5 ± 0.2

TABLE 2 Average concentrations of THg, MeHg (ng g-1), and MeHg/THg (%) in the 0–1, 1–2, and 2–5 cm soil layers before and after burning.

Soil layer [THg] [MeHg] [MeHg]/[THg]

(ng g-1) (ng g-1) (%)

0–1 cma BB 148 ± 13 1.0 ± 0.2 0.7 ± 0.1

AB 134 ± 21 0.7 ± 0.2 0.5 ± 0.1

1–2 cm BB 148 ± 12 0.9 ± 0.4 0.6 ± 0.2

AB 146 ± 16 0.8 ± 0.3 0.5 ± 0.2

2–5 cm BB 149 ± 12 0.8 ± 0.3 0.5 ± 0.2

AB 150 ± 13 0.9 ± 0.3 0.6 ± 0.2

aIn this layer, [MeHg] was not determined in CJ11, and as [MeHg] in CJ12 AB was an outlier (Grubbs’ test for outliers; p < 0.05), it was not included in the average [MeHg] calculation.

FIGURE 3
Organic matter content (%, w w−1) in litter and ash samples in the
4 m2 subplots.
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After burning, it was 14% ± 4%, 8% ± 1%, and 7% ± 2% in the 0–1,
1–2, and 2–5 cm layers, respectively.

4 Discussion

4.1 Speciation method recovery

The extraction method used for Hg speciation presented high
THgsp recovery for both CRM IAEA-405 (sediment) and IAEA-336
(lichens). However, THgsp recovery was lower in litter, soil, and ash
samples (Supplementary Table S5). For Hg as for other heavy
metals, the liquid/solid extraction efficiency depends on the
reagent type and its ability to solubilize the different forms
(i.e., more or less labile), in which the metal is present in the
sample (Song et al., 2015; Ku et al., 2018; Zhou et al., 2018).
Conversely, a complete release of Hg is expected with the
thermodesorption method being used (Zhou et al., 2018).

A sequential extraction applied to fresh and dried leaves aiming
at Zn, Cd, and Cu determination showed that for most extractants,
the extraction efficiency was higher in fresh leaves than that in dried
leaves, which could be related to the storage of the metals in vacuoles
(Song et al., 2015). The authors also pointed out that the finer
particle size of the dried samples may have increased the extraction
efficiency. As our litter samples were ground manually, this latter
point could explain the relatively low extraction efficiency (73% ±
8%) when compared to IAEA-336 (93 ± 2%). However, plant metal
fractions have still been poorly studied (Zhou et al., 2018), and it is
probable that many factors, such as plant species and the age of
tissues, can have an impact on the metal lability. For soil and ash
samples, recovery was approximately 50%, showing that only Hg
species soluble in oxidizing and moderately acid media (HNO3

6 mol L-1) were extracted. This method is expected to solubilize Hg
bound to the organic matter and Hg adsorbed by amorphous iron
oxides and by clay in soil (Reis et al., 2016), but not the Hg present in
the recalcitrant pools, which includes HgSe and HgS (Ku et al.,
2018). Conversely, this method is not expected to digest charcoal or
recalcitrant black carbon originating from biomass burning (Ku
et al., 2018), and these authors reported that a recalcitrant Hg pool
significantly increased in wildfire ash when compared with the
unburned vegetation (litter and wood). In our study, a
recalcitrant pool was calculated as 100 – [THsp] recovery (%)
(Supplementary Table S5), which increased from 27% in litter to
50% in ash. So, our results suggest that a large part of Hg was likely
present in the recalcitrant pool in the soil samples and included in
charcoal and ash.

4.2 Total andmethylmercury concentrations
in litter

The average total Hg concentration in litter (33 ± 8 ng g-1) was
lower than that reviewed by Fostier et al. (2015) for the Amazonian
upland forests, which ranged from 40 ± 5 to 119 ± 29 ng g-1 (average =
75 ± 30 ng g-1 and median = 61 ng g-1). As the tree species
composition has a strong influence on Hg uptake by the foliage
and because tree species are not homogeneously distributed in the
forest, variations in the Hg concentration can result from the

variations in litter composition. The relative high coefficient of
variation (CV %) generally observed for any set of data on litter
[THg] can largely be attributed to this factor. In our study, CV was
24%, which was lower than the data reported by Fostier et al. (2015) in
the Amazonian forest. Conversely, previous results on [THg] in litter
were obtained near the experimental site but under forested areas
(Fostier et al., 2015), which showed that [THg] was higher in the forest
area (61 ± 11 ng g-1) than that in our experimental conditions (33 ±
8 ng g-1). This difference could, therefore, be due to the exposure to
solar radiation and rain washout for some months after the forest was
cut, resulting in Hg loss. Richter et al. (2023) reached the same
conclusion when comparing the isotopic composition of litter
sampled in the same experimental site at CJ and in a forest site.
Furthermore, Carpi et al. (2014) showed significant increases in Hg
emissions when soils (covered or not by litter) were exposed to solar
radiation after cutting the tree and suggested that solar UV radiation
was the main driver responsible for these emissions.

As for [THg], the average [MeHg] in litter (0.16 ± 0.03 ng g-1)
was also in the low range of those reviewed in other remote regions
(Zhou et al., 2018), e.g., from 0.18 ng g-1 in the coniferous forest of
Canada (Louis et al., 2001) to 0.84 ng g-1 in a subtropical altitude
forest in China (Ma et al., 2015). In addition, Graydon et al. (2008)
reported [MeHg] ranging from 0.22 ± 0.02 to 0.49 ± 0.14 ng g-1 in
litter from jack pine and deciduous forests, respectively, in a remote
boreal Canadian region. However, the average [MeHg]/[THg] ratio
(%) in litter (0.5% ± 0.1%) was in the same range as for other remote
regions, i.e., between 0.25% and 1.0% (Graydon et al., 2008; Zhou
et al., 2018). This shows that Hg losses due to direct atmospheric
exposure (solar radiation and rain washout) probably happen at the
same rate for THg and MeHg. In Amazonian flooded forests
(i.e., hydromorphic soils), a much higher [MeHg]/[THg] ratio in
litter (2%–5%) has been reported by Roulet et al. (2001), suggesting
that this environment is very favorable for Hg methylation and/or
MeHg accumulation.

4.3 Total and methylmercury litterfall
deposition

The total mercury annual deposition via litterfall (DTHg) can be
estimated as DTHg = [THglit] × Mlit, where [THglit] is the average
[THg] in litter and Mlit is the annual mass of litter deposited on the
forest floor, which was estimated to be 8 ± 2 Mg ha-1 yr-1 by Fostier
et al. (2015) for the Brazilian Amazonian rainforest. Then, the
estimated DTHg value was 28 ± 14 μg m-2 yr-1. This value can be
considered low compared to 49 ± 14 μg m-2 yr-1 estimated by Fostier
et al. (2015) and to 84 ± 48 μg m-2 yr-1 by Wang et al. (2016) for
different locations in the Amazonian rainforest. The MeHg litterfall
deposition (DMeHg), calculated the same way, but using the average
[MeHg] in litter, resulted in a net deposition of 0.13 ±
0.04 μg m-2 yr-1. This value is within the range of the previous
estimations from 0.08 to 0.34 μg m-2 yr-1 reported by Zhou et al.
(2018) for MeHg litterfall deposition in other remote regions.
Nevertheless, as already pointed out, the litter exposed, for several
months, to sun radiation and rain washoutmay have resulted in some
loss of Hg and, consequently, to an underestimation of the initial net
THg and MeHg depositions. Conversely, an estimate of Hg
deposition based on a limited dataset obtained in the specific
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condition (after the vegetation was felled and dried) may be not
representative of the Amazonian upland forest; however, it is
paramount to highlight that this is the first dataset obtained on
[MeHg] in litterfall in this ecosystem.

4.4 Total and methylmercury
concentrations in soil before burning

The total Hg concentrations in soil before burning (149 ±
12 ng g-1) are within the values expected in Amazonian soils,
which are highly variable, i.e., 61 ± 25 to 304 ± 62 ng g-1 for
superficial (0–10 cm) pristine forest soils (Schneider et al., 2023).
MeHg (~1 ng g-1) and [MeHg]/[THg] (0.6%) concentrations
obtained in the present study are in accordance with those
reported for Oxisols from other locations of the Amazonian
forest (Table 3), which are dominant in Candeias do Jamari
(Roulet and Lucotte, 1995; Almeida et al., 2005). In contrast,
higher [MeHg]/[THg] ratios were reported in hydromorphic
soils, but the processes governing mercury methylation and/or
accumulation in those soils are still unknown (Roulet et al., 2001;
Guedron et al., 2011). The data presented in this work also agree
with MeHg concentrations in soils from uncontaminated temperate
and boreal forests, in which MeHg concentrations are generally
below 1 ng g-1, although some values up to 10 ng g-1 have been
reported under specific conditions, such as around fumarolic areas
(Kodamatani et al., 2018), in a boreal coniferous clear-cut forest
(Kronberg et al., 2016), and wetland forests (Bishop et al., 2020).

As expected, [THg] and [MeHg] concentrations were
significantly higher in soil than those in litter (paired Student’s
t-test; p <0.05) because the litter mass decreases during its
decomposition and is then incorporated into the superficial soil
(Zhou et al., 2021). However, the dynamics of Hg in soil strongly
depend on the soil composition. The decomposition of the litter
results in the formation of organic horizons (Oh), and Hg
originating from this litter may bind to the organic matter,
accumulating in superficial soil. Nevertheless, in Oxisols, Hg can
mainly be adsorbed onto Fe-oxy-hydroxides (Roulet and Lucotte,
1995).

Methylmercury in litterfall can originate from MeHg
atmospheric depositions on tree leaves (Graydon et al., 2008;
Tsui et al., 2012; Ma et al., 2015), but this process has never been
evaluated in the Amazonian forest. In addition to the
atmospheric input, MeHg in soil can also increase due to the
methylation process, mainly driven by anaerobic bacteria
(Kronberg et al., 2016; Gerson et al., 2017; Eklöf et al., 2018).
High [MeHg] and [THg] were observed in dried superficial soils
in an Amazonian forest area, where a high atmospheric Hg input
was attributed to the proximity to artisanal small gold mining
(Gerson et al., 2022). However, as [MeHg]% (0.79%) was in the
same order as in remote areas around the globe, the authors
concluded that the methylation rate did not increase in the study
area and that high [MeHg] and [THg] can mainly be attributed to
a high Hg input, litter decomposition, and high storage capacity
of Hg in soil. However, the examination of the sources of MeHg
in forest soils via either atmospheric depositions or in situ

TABLE 3 Total (HgTot) and methylmercury (MeHg) concentrations (average ± 1 SD) and the percentage of MHg/HgTot in soil reported in the literature and from
the present study for Amazonian flooding forests and upland forests.

Forest
type

Location N HgTot (ng
g-1)

MeHg (ng g-1) MeHg/
HgTot (%)

This studya UF Candeias do
Jamari (RO)

Oxisols (0–5 cm) 9 149 ± 1 0.93 ± 0.01 0.63 ± 0.01

Roulet and Lucotte (1995) UF French Guiana Oxisols (0–15 cm) 6 250 ± 27 2.1 ± 0.8 0.8 ± 0.3

FF French Guiana Oxisols (0–15 cm) 12 192 ± 18 2 ± 2 1 ± 1

FF French Guiana Hydromorphic soils
(0–15 cm)

6 123 ± 30 10 ± 10 7 ± 6

Roulet et al. (2001) FF Tapajós basin Unclassified alluvial soils 1 190 2.24 1.11

1 112 0.55 0.45

1 209 0.59 0.26

Guedron et al. (2011) b UF French Guiana Oxisols 6 350 ± 40 - -

French Guiana Interstitial water from
Oxisols

6 1.70 ± 1.23 (ng
L-1)

0.005 ± 0.002 (ng
L-1)

0.29 ± 0.24

Araujo et al. (2018) UF Amazon basin Unclassified soils 4 19–68 0.51–1.01 1.48–3.57

Guyoneaud et al. (2023)
(submitted)

UF French Guiana Oxisols 3 419 ± 164 3 ± 1 0.9 ± 0.5

UF French Guiana Acrisols 4 269 ± 123 2 ± 2 0.8 ± 0.3

Gerson et al. (2022) c UF Peruvian Amazon Not informed 1.1; 1.4 0.79; 1.4

aAverage concentrations for 0–5 cm, when considering only soil data before burning.
bGuedron et al. (2011) did not assess the MeHg concentration in soils, but rather in the interstitial water from the studied soils. For this reason, the concentrations are expressed in ng L-1.
cThese data are the only ones detailed by the authors for superficial soils (0–5 cm) of forest sites in two mining zones and are the highest values measured in these sites.
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methylation pathways and the importance of each source still
remain to be clearly assessed to better understand the Hg cycle in
terrestrial environments (Tsui et al., 2012; Tao et al., 2018; Zhou
et al., 2018). This aspect is a critical gap in the knowledge of
tropical soils and forests, for which the available studies and data
are very scarce (Gerson et al., 2022).

4.5 Combustion completeness and fire
severity

In forest fires, the combustion process depends on several
factors, such as initial mass, nature, and moisture of fuel; air
temperature and humidity; wind speed; and the topography of
the site (Certini, 2005). The impact of fire on the physical,
chemical, and biological properties of the soil (the fire severity)
depends on the heat release from the combusting biomass (the fire
intensity) and on the duration of combustion (Neary et al., 2005). A
low-to-moderate severity is expected in the prescribed fire
experiments (Certini, 2005). In our experimental site, the fine
material (D <10 cm) accounted for 13.3% of the total fresh
biomass estimated to 701.5 t ha-1, which was in the upper range
of the average forest biomass in western Amazonia (612.4 ±
142.5 t ha-1) (Carvalho et al., 2016). In the nine 4-m2 areas
considered in the present study, the CC of the fine material
ranged from 66.6% to 100%, showing the heterogeneity of the
combustion process. Consumption completeness showed no
correlation (p >0.05) with any of the other variables
(Supplementary Table S6). In two other prescribed fire
experiments conducted in the same way in western Amazonia,
Carvalho et al. (2016) reported the CC of small size materials of
85.5% and 89.2%. Conversely, when also considering logs
(DBH >10 cm) and larger branches (D >10 cm), the overall CC
was only 16.0% (Carvalho et al. (2016). The typical superficial soil
temperature in forest fires rises 200–300°C (Rundel, 1983), although
the temperature up to 500–700°C can be reached in case of heavy
fuels (Certini, 2005). One of the first effects of forest fires on soil
properties is the removal of OM, whose substantial consumption
begins at 250–300°C and completes at approximately 460°C
(Giovannini et al., 1988). The organic matter release can,
therefore, be used as an indicator of fire severity. In our
experiment, the OM content significantly decreased only in the
0–1 cm layer (paired Student’s t-test; p <0.05). However, the average
decrease of the OM content in this layer was only 33% ± 25%,
indicating a moderate fire in the sampled subareas. It also suggests
that, at these places, relatively low temperatures were reached, as
complete combustion of soil only occurs at temperatures >450–500°C
(Gonzalez-Perez et al., 2004; Mataix-Solera et al., 2011).

4.6 Total and methylmercury release due to
forest burning

In soil, a significant decrease of [THg] and [MeHg] was only
observed in the 0-1 cm layer, indicating that the fire intensity was
only able to promote Hg release from the very superficial soil, which
is in accordance with the observed OM decrease in the same layer.
However, no correlation was observed between the OM lost and

[THg] and [MeHg] lost in this soil layer (Supplementary Table S6).
The impacts of the prescribed forest fires on the very superficial soil
in the Amazonian rainforest were also reported by Melendez-Perez
et al. (2014) and Michelazzo et al. (2010). A significant decrease
(paired Student’s t-test; p <0.05) of the [MeHg]/[THg] ratio was
observed in the 0–1 cm layer after burning (Table 2), suggesting that
with the increase in temperature, MeHg was more easily degraded
and/or emitted than other Hg species (i.e., iHg compounds) present
in such soils. The impact of fire on soil OM (and others soil
components) is a complex issue, as it depends on many
parameters, such as soil properties and composition, the
temperature reached during the fire, and the burning duration. It
was reported that the distillation of volatiles and the loss of organic
carbon in soils start at temperatures between 100 and 200°C and that
the charring process starts above 190–200°C (Gonzalez-Perez et al.,
2004). So, the effects of forest fire on MeHg release and degradation
can also vary with fire severity. Mercury speciation by
thermodesorption shows that different species are released at
different temperature ranges (Reis et al., 2016). Applying this
technique to Amazonian soil spiked with Hg2+, Do Valle et al.
(2005) showed that Hg bound to the mineral phases was released at a
lower temperature than Hg bound to humic acids. Therefore, our
results suggest that MeHg was mainly bound to weak organic matter
ligands and/or mineral phases. It is important to notice that after
burning, the 0-1 cm layer visually corresponded to the partially
burned O-horizon, while newly formed ashes were mainly produced
from the burned overlaying biomass. Both [THg] and [MeHg] were
significantly lower in ash than in litter (30% and 31% decrease for
[THg] and [MeHg], respectively), clearly showing that the fire
conditions in our experimental site were able to remobilize a
significant part of Hg sequestered in the vegetation, with likely a
larger fraction of it emitted into the atmosphere (Outridge et al.,
2018). Furthermore, as [MeHg]/[THg] ratios were not different in
litter and ash, one can conclude that MeHg was released with a
similar efficiency as the main fraction of the inorganic Hg species.
Biomass burning was pointed out as a potential source of MeHg in
atmospheric fine particles (Zhang et al., 2019). However, the release
of MeHg from soil and litter does not imply that it was directly
emitted into the atmosphere. First, MeHg can be readsorbed into ash
particles that have a high adsorption capacity for organic and
inorganic Hg compounds (Ku et al., 2018). Furthermore, MeHg
under heating conditions can be transformed into gaseous and
volatile Hg forms (i.e., mainly Hg0). However, to our knowledge,
the effects of the high temperature generated by biomass burning on
MeHg present in the vegetation have not yet been studied in detail.
Recently, a study performed on the same litter, ash, and soil samples
(Richter et al., 2023) using the Hg stable isotopic composition
suggested that Hg emission and reallocation during forest fire is
quite complex and demonstrated that the Hg present in newly
produced ash was mainly originating from Hg emitted from the
superficial soil layer (0-1 cm).

5 Conclusion

Total and MeHg concentrations in litter from the study area
were relatively low compared to other Amazonian rainforest areas.
Consequently, the estimated MeHg litterfall flux was also low,
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possibly due to the extended exposure time of litter to solar radiation
and rain washout after forest cutting. Conversely, the [MeHg]-to-
[THg] ratio in soil and litter was of the same order as that in many
remote forests from upland temperate and boreal forests. For the
first time, it was shown that the release of MeHg occurs with a
similar efficiency as the primary fraction of inorganic Hg species
from litter. Although the forest fire promoted a significant decrease
in [THg] and [MeHg] in the very superficial soil layer (0-1 cm), in
such organic topsoil MeHg was more readily emitted or degraded
compared to the other Hg species. The complexity of understanding
the MeHg dynamics and fate in fire-impacted soils was highlighted,
especially considering the strong modifications that fire can induce
in soil OM, as MeHg in soils is primarily linked to OM. This study
sheds new light on the behavior of MeHg in the fire-affected areas of
the Amazonian rainforest and emphasizes the need for further
research to fully comprehend the intricate interplay between fire,
soil, and Hg dynamics.
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A Corrigendum on
Methylmercury content in soil and litter from the Amazonian rainforest and
its potential fate during forest fires

by Fostier AH, Amouroux D, Tessier E, Viana JLM and Richter L (2023). Front. Environ. Chem. 4:
1242915. doi: 10.3389/fenvc.2023.1242915

In the published article, there was an error in the Funding statement. The University of
Campinas (UNICAMP/FAEPEX 2932/23) was left out of the original statement
inadvertently.

“This work was funded by the São Paulo Research Foundation (FAPESP) (projects 2008/
04490-4, 2010/19040-4) and also partially supported by the CNRS, French ANR, and New
Aquitaine Region council.” The correct Funding statement appears below.

“This work was funded by the São Paulo Research Foundation (FAPESP) (projects 2008/
04490-4, 2010/19040-4) and also partially supported by the University of Campinas
(UNICAMP/FAEPEX 2932/23 ), the CNRS, French ANR, and New Aquitaine Region council.”
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conclusions of the article in any way. The original article has been updated.
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Fire, volcanism and climate
change: the main factors
controlling mercury (Hg)
accumulation rates in Tropical
Lake Lantoa, Sulawesi, Indonesia
(~16,500–540cal yr BP)

Jalene Nalbant1*, Larissa Schneider1,2, Rebecca Hamilton1,2,
Simon Connor1,2, Harald Biester3, Hilary Stuart-Williams4,
Olga Bergal-Kuvikas5, Geraldine Jacobsen6 and
Janelle Stevenson1,2

1School of Culture, History and Language, Australian National University, Canberra, ACT, Australia, 2ARC
Centre of Excellence for Australian Biodiversity and Heritage, Australian National University, Canberra,
ACT, Australia, 3Institut für Geoökologie, AG Umweltgeochemie, Technische Universität Braunschweig,
Braunschweig, Germany, 4Research School of Biology, Australian National University, Canberra, ACT,
Australia, 5Institute of Volcanology and Seismology FEB RAS, Petropavlovsk-Kamchatsky, Russia, 6Centre
for Accelerator Science, Australian Nuclear Science & Technology Organisation, Sydney, NSW, Australia

The effects of climate change on long-term mercury (Hg) cycling are still not
well understood, as climate changes are usually gradual and can only be
assessed using high-resolution archives. Our study site (a small, lowland
tectonic lake in Sulawesi, Indonesia) provides a unique opportunity to further
understanding of Hg cycling in the Southeast Asian (SEA) tropics during the
transition from the Pleistocene to the Holocene, a period of significant climate
variability. We present a high-resolution record of Late Glacial and Holocene Hg
deposition within the sediments of tropical Lake Lantoa, Sulawesi. Using a multi-
proxy framework (including pollen, charcoal, carbon:nitrogen ratio and high-
resolution geochemistry records) we investigate the response of Hg
accumulation rates (HgAR) in sediments to shifts in climate between
~16,488 and 538 cal BP. This period encompasses the Bølling-Allerød (BA)
warming, Younger Dryas (YD) cooling and Holocene warming events,
providing new insights into the effects of global climatic transitions on HgAR
in SEA sediments. The Pleistocene Termination had the highest HgAR and
substantial variability (µ = 11.32, 5.38–33.91 μg m−2 yr−1), when drier
conditions and high charcoal accumulation rates suggest that fire activity was
the main source of Hg to the lake. The Holocene Transition was marked by a
decrease in HgAR (µ = 8, 3.50–18.84 μg m−2 yr−1) as humid conditions precluded
forest burning, followed by high HgAR (µ = 11.35, 3.30–158.32 μg m−2 yr−1) in the
Early Holocene. Mercury accumulation rate in the Late Holocene (µ = 3.80,
1,67–43.65 μg m−2 yr−1) was the lowest in the Lake Lantoa record, marked by the
lowest fire events and a stable catchment. An increase in carbon:nitrogen ratios
during the Late Holocene, coupled with a decrease in HgAR, suggests that the
establishment of lowland forest resulted in suppressed Hg erosion/leaching. Our
results demonstrate that forest fires, vegetation change and volcanism are
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important drivers of Hg inputs to Lake Lantoa, a relationship which is strongly
mediated by climate and lake-catchment dynamics.

KEYWORDS

volcanic mercury emissions, long-term mercury deposition, Southeast Asian mercury
cycle, primary productivity and mercury accumulation, forest fire mercury emissions,
effects of climate change on mercury

1 Introduction

Over the last two decades, our understanding of the
biogeochemical cycling of mercury (Hg) has advanced
significantly in temperate areas of the Northern Hemisphere
(Lindberg et al., 2007; Obrist et al., 2018). Few studies, however,
have targeted sites in the tropics (Schneider et al., 2023). This
knowledge gap has meant that Hg regulatory frameworks within
tropical regions have had to rely on inferences about the Hg cycle
from temperate areas (Fisher and Nelson, 2020). This is problematic
as there are unique processes affecting the biogeochemical cycle of
Hg in the tropics, such as higher Hg uptake rates via litterfall and
greater ecological heterogeneity (Lacerda et al., 1999; Wang et al.,
2016; Schütze et al., 2021).

Lake systems are central to the terrestrial cycle of Hg (Parkman
and Meili, 1992). They receive Hg from the atmosphere and
catchment, working as natural archives that capture long-term
temporal trends in Hg accumulation rates (HgAR) (Swain et al.,
1992; Engstrom et al., 2007; Hermanns and Biester, 2013; Schütze
et al., 2021). The HgAR is directly affected by climatic and
environmental changes which play an important role in the
transport of Hg from soils to lake sediments. While atmospheric
deposition of Hg in lakes is a relatively straightforward process, Hg
derived from the lake-catchment is dependent on complex
environmental processes that need to be fully understood when
reconstructing the relationship between past Hg cycling and its
climatic drivers (Roulet et al., 1998; Schütze et al., 2021).

The major climatic and environmental processes that influence
Hg deposition in lakes include: i) catchment erosion, ii) wet and dry
deposition, iii) lake primary productivity, and iv) forest fires
(Parkman and Meili, 1992; Lintern et al., 2020; Pérez-Rodríguez
and Biester, 2022). Understanding these processes and how they
affect HgAR over time is critical to understanding the impacts of
anthropogenically-induced environmental and climatic changes on
the natural Hg cycle. This is particularly relevant in the tropics,
where catchment erosion is known to be intensified by high
temperatures and precipitation rates, further magnifying the
effects of climate and environmental changes on HgAR (Lal,
1990; Labrière et al., 2015). Furthermore, these processes are not
necessarily independent, and HgAR is the net result of these
dynamic processes, their proximity to the lake, and their Hg
contents.

Mercury stored in soils is deposited into lakes via direct litterfall
input and/or via production of dissolved organic matter (DOM),
with the quantity of stored Hg dependent on the amount of Hg
bound to each unit of organic matter (OM). Wet and dry Hg
deposition also play an important role in regulating HgAR.
Isotopic analyses indicate that 50%–80% of Hg in vegetation and
soil derives from atmospheric Hg(0) uptake by plants, with the
remainder from wet and aerosol deposition (Demers et al., 2013;

Jiskra et al., 2015; Enrico et al., 2016; Obrist et al., 2017). This has
direct implications for HgAR in tropical lakes as tropical regions
have the highest global litterfall fluxes (Wang et al., 2016), resulting
in higher soil Hg concentrations facilitated by the rapid breakdown
of litterfall. Mercury stored in soils is deposited into lakes via direct
litterfall input and/or via production of dissolved organic matter
(DOM), with the quantity of stored Hg dependent on the amount of
Hg bound to each unit of OM (Schütze et al., 2021).

Mercury accumulation rates in lake sediments are also mediated
by primary productivity. Mercury scavenging from the water
column by algae and detrital suspended particulate OM, followed
by settlement and sedimentation, is recognised as an important
process for Hg transfer into the hypolimnia of temperate lakes
(Outridge et al., 2007; Schütze et al., 2021). Globally there is no
consensus on the relationship between Hg and primary productivity
in lakes, but it has been hypothesized that higher productivity results
in higher HgAR (Melack and Forsberg, 2001; Schütze et al., 2021).
These studies show that water column Hg scavenging by algae is the
major reason for the intense Hg export to the sediments of
productive lakes, making them significantly larger sedimentary
sinks than oligotrophic lakes.

Forest fires are a major source of Hg deposited into lake
sediments. Fires re-emit Hg sequestered in catchment vegetation
and soils via volatilisation and thermal desorption (Outridge et al.,
2019). Deforestation associated with forest fires promotes catchment
erosion and Hg leaching into lakes (Lindberg and Stratton, 1998;
Amirbahman et al., 2004), further contributing to HgAR in lake
sediments. Studies have reported the coeval increase in HgAR and
charcoal accumulation rates (CHAR) with peaks in charcoal counts,
demonstrating the positive correlation between forest fires and
HgAR (Ribeiro Guevara et al., 2010; Daga et al., 2016; Thomas
et al., 2022).

Natural events (e.g., volcanic degassing, flood events, increase in
catchment runoff) can also increase both direct and indirect
deposition of Hg into lakes (Guédron et al., 2019). For example,
a volcanic eruption emits Hg into the atmosphere, contributing to
direct atmospheric Hg deposition, while volcanic ash accompanied
by a release of sulphuric acid (SO2) can trigger secondary deposition
of Hg from soils via catchment erosion and Hg leaching into lakes
(Guédron et al., 2019).

Southeast Asia (SEA) is critical to the global Hg cycle because it
supports tropical rainforest vegetation (which facilitates Hg uptake
by plants and subsequent transfer to soils and lakes) and has high
regional volcanic activity (which directly contributes to atmospheric
Hg emissions and subsequent deposition in terrestrial and aquatic
environments). Despite the important role of tropical zones in the
global Hg cycle, there are very few studies that track the long-term
dynamics of Hg in relation to volcanic eruptions, landscape change
and industrial activity in these areas (Pérez-Rodríguez et al., 2015;
Lacerdada et al., 2017; Fadina et al., 2019; Schneider et al., 2020).
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Long-term studies from tropical zones are crucial as they do not
have the same temporal or spatial limitations as current
observational studies, which typically focus on temperate regions
and recent decades (Schneider et al., 2023).

We assess the impact of climate change on HgAR in tropical
SEA through a long-term, multi-proxy analysis of a sediment core
from a tropical lowland lake: Lake Lantoa, in Sulawesi, Indonesia.
This sediment record spans ~16,500–540 cal BP, recording periods
of rapid climate fluctuations from the end of the Last Glacial
Maximum (Pleistocene Termination; ~18ka) into the Holocene
which began ~11.7ka (Russell et al., 2016; Hamilton et al.,
2019b). This provides a unique opportunity to examine the
influence of highly variable climate and environmental drivers,
such as vegetation and fire, on Hg cycling in the lowland tropics
of SEA. In doing so we hope to expand current understanding of the
relationship between lake-catchment dynamics and HgAR in
tropical lake sediments, and offer insight into the effects of
modern land use on Hg transport to aquatic environments.

2 Materials and methods

2.1 Study location and regional setting

Lake Lantoa (Danau Lontoa) (2.6647°S, 121.7292°E) is a low-
latitude, north-east to south-east oriented lake that forms part of the
much larger tectonic Malili Lakes system in South Sulawesi,
Indonesia (Figure 1) (Hamilton et al., 2019b). The lake is shallow

(~4 mmaximum depth), small (~1.5 km2), and sits at ~600 m above
sea level (ASL). Lake Lantoa is an ideal site to study historical Hg
deposition as it has a small catchment area (~5 km2) and is fairly
remote, yet it is surrounded by sub-montane vegetation on
neighbouring peaks which reach up to 800 m ASL. The lake is
~29 km from the Banda Sea coast (Figure 1). Lake Lantoa receives
stream inflow at the south-east and water outflows from the
northern most extent of the lake (Figure 1) (Russell et al., 2016).
Core LL2 was taken from the south-west of the lake, away from the
inflow and outflow of water (Figure 1) (Hamilton et al., 2019b).

The Malili Lakes catchment formed approximately 1.5 Ma from
a series of trans-tensional basins in response to the Matano strike-
slip fault (Russell et al., 2016; Russell et al., 2020). The catchment is
located within the East Sulawesi Ophiolite formation and contains
ultramafic gabbros, basalts, and peridotites (Costa et al., 2015).
Consequently, the catchment soils are nutrient-poor and heavy
metal-rich (Van der Ent et al., 2013). Although there is
archaeological evidence of human occupation in this area since
40,000 cal BP, land use prior to the development of mining in the
1970s mostly consisted of small-scale agriculture (Hope, 2001; Van
Den Bergh et al., 2016). Therefore, we do not expect anthropogenic
activities, such as broad-scale forest clearing, to influence our
proxies. This inference is supported by pollen data published
from Lake Lantoa in Hamilton et al. (2019b), which shows no
obvious clearance of catchment vegetation over the past
16,500 years.

Sulawesi has a heterogenous temperature and precipitation
gradient across the island, resulting in high humidity at low-

FIGURE 1
The location of the study area in South Sulawesi, Indonesia. On the right panel is a detailed figure of Lake Lantoa’s catchment and its proximity to the
Malili Lakes system (Lake Towuti). The coring site (LL2) is indicated by a black circle. The blue arrow on the right panel indicates the outflow of water from
Lake Lantoa, and the pink arrow indicates the lake’s inflow.
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elevations and milder climate in mountainous terrain with higher
altitudes (Whitten et al., 1988). As there are only 2 months where the
average rainfall is <100 mm/month (September and October),
Sulawesi is considered to be mildly seasonal (Walsh and Lawler,
1981).

Regional climate patterns within Sulawesi are dictated by
changes in the Indo-Pacific Warm Pool (IPWP), shifts in the
International Convergence Zone (ITCZ), and the El Niño
Southern Oscillation (ENSO) cycle (De Deckker, 2016). Sulawesi
is surrounded by the IPWP, which has a permanent sea surface
temperature (SST) of >28°C (De Deckker, 2016). The IPWP directly
influences the Australian-Indonesian Summer Monsoon (AISM)
strength, as monsoons are generated in response to the
temperature difference between the land and sea, with
precipitation falling over the area with the higher surface
temperature. The AISM drives a north-easterly flowing air
current from the Northern Hemisphere into the Southern.
Changes in AISM strength can mediate the transportation of
Hg from the Northern Hemisphere into the Southern
Hemisphere. This is particularly pertinent to interpreting the
HgAR record in Sulawesi as it can potentially record Hg
emissions from local and regional volcanism. Volcanic Hg is
primarily emitted as gaseous elemental mercury (GEM) allowing
it to travel long distances (Ansmann et al., 1997; Slemr and
Scheel, 1998; Polvani et al., 2019).

2.2 Core location and extraction

A 600 cm long sediment core (LL2) was collected from the
southern end of the lake. The core was extracted using a Geocorer in
six drives, each 1 m long, as detailed in Hamilton et al. (2019b). The
first metre was unconsolidated and subsampled on site at 11 cm
intervals. The five basal drives were capped, sealed, and transported
to the Australian National University (ANU) for storage and
analysis. Cores were split lengthways, and half of the core was
stored in a cool room at 4°C at the School of Culture, History and
Language at the ANU, while the other half was scanned for XRF
elemental analysis using an Avaatech core-scanner at the Research
School of Earth Sciences at the ANU. Sediment recovery within each
of the first five 1 m drives ranged from 85% to 95%. Five “no core”
gaps are highlighted in the figures presented in this study for the
sections with less than 100% recovery (Figure 3; Figure 4; Figure 7).

2.3 Core chronology

The original chronology for the core, based on AMS 14C
analysis of 10 samples (bulk sediment samples), published in
Hamilton et al. (2019b) has since been refined through the
radiocarbon analysis of an additional 10 bulk sediment samples
from the upper portion of the core (OZY codes in Table 1). These

TABLE 1 Laboratory ID, sample type, depth and conventional 14C (1σ) ages of LL2 samples used for the chronological model used in this study.

Laboratory code Depth (cm) Material Reference 14C date BP (±1 σ)

OZY956 3 Bulk sediment This study 655 ± 20

OZY957 9 Bulk sediment This study 725 ± 30

45723 16 Bulk sediment Hamilton et al. (2019) 1138 ± 21

OZY958 26.5 Bulk sediment This study 1375 ± 30

OZY959 33.5 Bulk sediment This study 1770 ± 30

OZY960 39.5 Bulk sediment This study 2425 ± 30

OZY961 44.5 Bulk sediment This study 2635 ± 25

45724 48 Bulk sediment Hamilton et al. (2019) 2960 ± 22

OZY962 53.5 Bulk sediment This study 3260 ± 30

OZY963 58.5 Bulk sediment This study 3385 ± 30

OZY964 65.5 Bulk sediment This study 3555 ± 30

OZY965 69.5 Bulk sediment This study 3735 ± 30

DAMS008500 70 Bulk sediment Hamilton et al. (2019) 3858 ± 29

45725 132 Bulk sediment Hamilton et al. (2019) 4778 ± 24

45726 232 Bulk sediment Hamilton et al. (2019) 7627 ± 28

45727 332 Bulk sediment Hamilton et al. (2019) 10346 ± 32

45729 432 Bulk sediment Hamilton et al. (2019) 12098 ± 37

45730 532 Bulk sediment Hamilton et al. (2019) 12734 ± 40

45731 580 Bulk sediment Hamilton et al. (2019) 13471 ± 42

DAMS008501 600 Bulk sediment Hamilton et al. (2019) 13779 ± 54
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samples underwent acid-base-acid (ABA) treatment prior to
conversion of the organic carbon to graphite for AMS analysis
on the NEC 1 MV Vega accelerator at the Australian Nuclear
Science and Technology Organisation Centre for Accelerator
Science (Wilcken et al., 2015) (Table 1). A Bayesian age-depth
model was produced for core sediments between 0 and 600 cm at
0.5 cm intervals using the ages returned from the twenty bulk
sediment samples (Table 1). This model was produced in the
package Bacon 2.5 (Blaauw and Christen, 2011) in R (Core Team,
2013), using the Southern Hemisphere calibration curve (Hogg
et al., 2020) (SHCal20) and a mean accumulation rate of
20 years/cm.

The top 5 cm of the core was analysed using 210Pb dating.
Unsupported 210Pb activities were too low for dating
calculations (see Supplementary Table S3). This supports the
age-model based on 14C dating. For this reason, this study
excludes any interpretation of the industrial era (defined
here as 200 BP).

2.4 Charcoal and pollen analyses

Charcoal and palynological analysis of core sediments are
reported in Hamilton et al. (2019b), the results of which are used
against the updated chronological model for this study. Briefly,
31 pollen and spore samples were extracted from the core
sediments for palynological analysis at approximately 20 cm
intervals using standard methods (Fægri and Iverson, 1989;
Caffrey and Horn, 2013). Plant microfossils were enumerated
under a Zeiss AxioImager M.1 light microscope fitted with an
AxioCam MRc5 camera under x400 magnification and identified
using published literature from the region (Huang, 1972; Wang
et al., 1995; Hamilton, et al., 2019a; Hamilton et al., 2019b;
Hamilton and Stevenson, 2020). A minimum count target of
200 pollen and spores (with a minimum of 100 arboreal taxa) was
set for the analysis. The pollen and spore data were classified into
functional groups and habitat types through comparison with a
digitised herbarium list of 28,000 specimens collected from
Sulawesi and compiled by the Naturalis Biodiversity Center in
Leiden, Netherlands.

Macro-charcoal (>125 μm), a proxy for local fire activity, was
wet sieved contiguously from 2.5 cm3 sediment samples
(Hamilton et al., 2019b). Samples between 1 and 10 cm depth
were taken from 2 cm intervals while those between 10 and
600 cm were taken from 1 cm intervals (Hamilton et al.,
2019b). Macro-charcoal fragments were isolated from the
subsamples following methods outlined in Stevenson and
Haberle (2005). Charcoal fragments were then enumerated
under a Zeiss Stemi Stereo microscope at ×20 magnification
(Stevenson and Haberle, 2005).

2.5 Organic matter

The organic matter (OM) content of each sediment sub-sample
was determined using weight loss-on-ignition (Wang et al., 2011) at
the Palaeoworks Laboratory at the ANU. Samples were freeze dried
for 48 h using the Alpha 1-2 LDplus (Martin Christ, Germany)

freeze drier. Approximately 0.5 g of sediment was weighed and
heated for 7 h in a muffle furnace (LABEC, model CEMLL) at 550°C.
After samples cooled to room temperature, they were re-weighed to
determine OM %.

2.6 Carbon and nitrogen percentage

Samples of dried sediment were weighed to the closest
microgram in folded tin foil cups. These were then combusted in
a Carlo-Erba EA-1110 Elemental Analyser (Carlo Erba, Milan,
Italy). Gases were separated using a packed gas chromatograph
(HayesSep D 80/100, Grace Davison, Australia) at room
temperature and passed to a stable isotope ratio mass
spectrometer (Isoprime, Micromass U.K., Manchester, U.K.).
Percentages of nitrogen and carbon were calculated using the
heights and areas of the mass spectrometer peaks. Carbon and
nitrogen ratios (C:N) were derived by dividing %C by %N. This ratio
was used to characterise the source of OM to lake sediments
(i.e., allochthonous vs. autochthonous) (Riddle et al., 2022).
Carbon and nitrogen percentages and C:N values are presented
in Supplementary Table S1.

2.7 Mercury analysis

Mercury analysis was conducted using a Milestone Direct
Mercury Analyser (DMA-80 Tri-Cell; Milestone, Bergamo, Italy)
at the Palaeoworks Laboratory at the ANU. Samples were
analysed using the USEPA method 7,473 (USEPA, 1998).
Approximately 50 mg of each sample were weighed into nickel
boats. Two blanks, two Standard Reference Materials (SRMs) and
10 replicas were run every 40 samples. Certified soil reference
material NIST 2706 and SECCC WQB-1 (soil and sediment
matrix) were analysed, and the results agreed well with
published values (Supplementary Table S2).

Mercury accumulation rate (HgAR) in this study was defined as
the deposition of Hg (concentration in ng g–1) per centimetre of
sediment accumulation (sedimentation rate in cm yr–1).
Accumulation rates (μg m–2 yr–1) were calculated using the
following equation:

HgAR � 10 × SR × DBD × Hg

where SR = sedimentation rate (cm yr–1); DBD = dry bulk density (g
cm–3); Hg = Hg concentration (ng g–1).

2.8 Visual inspection for glass shards

A visual inspection for volcanic tephra was conducted in the
full LL2 core. As no tephra was identified visually, sediments
from the two depths with the highest Hg concentrations and
HgAR (depths 220 and 241 cm) were checked for
cryptotephras. These sediments were digested with hydrogen
peroxide and HCl, and analysed under a scanning electron
microscope (SEM) JEOL JCM-6000 at 400 X magnification and
an accelerating voltage 15 kV for the identification of fine glass
shards.
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2.9 X-ray fluorescence data processing and
analyses

Surfaces of five core sections (100 cm–594 cm) were scanned
using an Avaatech core-scanner for X-ray fluorescence (XRF)
elemental analysis at the Australian National University Research
School of Earth Sciences (20 s count time 10 kV voltage). The
methods used to correlate and standardise these data are outlined
in Hamilton et al. (2019b). In summary, this first entailed
normalising each elemental variable using total count per
second (cps) as the denominator, which statistical correlation
determined to be a valid means of correcting for the dilution
effects of water and organic material in the core sediments. Select
elements that were consistently above detection limit (i.e., those
that consistently returned positive count values) were then
standardised using a z-score. Exceptions to this were the
elements S and P which, though returning largely negative
values, were included in the original study due to the
interactions with redox-sensitive elements (Hamilton et al.,
2019b). A running mean (centralised) was applied to the
variables following normalisation (5pt for Ca, Mn, Fe, Ni, Cr;

20 pt for Al, Si, P, S, and Ti), depending on detectability and the
noisiness of the dataset (Hamilton et al., 2019b). In this study any
values <0 were recorded as ‘below detection limits’ and not
included in the statistical analyses.

Lake Lantoa has a catchment characterised by ultramafic soils,
composed mainly of mafic minerals (e.g., manganese [Mn], iron [Fe]
and siderophilic elements such as nickel [Ni]) (Van der Ent et al.,
2013). In this study, these elements (Mn, Fe, Ni) are used as a proxy
for erosion ofof the Lake Lantoa catchment (Hamilton et al., 2019b).

2.10 Numerical analyses and plots

All data analyses were performed using R Statistical Software
(Core Team, 2013). Stratigraphic plots were built using the R
package analogue. Principal Component Analysis (PCA) was
performed on log-transformed data using R packages vegan,
ggplot2 and ggfortify. One PCA was run with pollen, OM, C:N
and charcoal data (proxies with low temporal resolution) and a
second on OM, C:N charcoal and geochemical data (proxies with
high resolution).

FIGURE 2
Age-depth model for Lake Lantoa sediments using R package rbacon 2.2 (Blaauw and Christen, 2011). The 14C ages were calibrated against
the Southern Hemisphere calibration (SHCal20) data set (Hogg et al., 2020). The main panel shows the age-depth model with 95% credible
interval and mean as grey and red dashed line. Blue symbols indicatet the calibrated radiocarbon dates. Top panels, from left to right, show:
Markov Chain Monte Carlo iterations, the accumulation rate panel with prior (green) and posterior (grey) distributions of the accumulation
rate, and the memory panel (dependence of accumulation rate between neighbouring depths) showing the prior (green) and posterior (grey)
distributions of the memory parameter.
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3 Results and discussion

3.1 Core chronology, sedimentation and XRF
geochemistry

The 14C age-depthmodel for LL2 demonstrates increasing age with
depth, with the smoothly varying slope indicating no, or temporally
invariant, post-depositional mixing of sediments (Figure 2). The
median chronological model produced for the core estimates that
the age range of the sediments span 16,488–538 cal BP. The core
therefore includes the Pleistocene Termination (considered to be the
period between 16,488 and 14,000 cal BP in this paper), a period of
significant climate variability (Russell et al., 2016).

The base of the core (594 cm) generated a mean radiocarbon age
of 16,488 (16,259–16,736) cal BP and the top sample (0 cm)
generated a mean radiocarbon age of 538 (446–607) cal BP. The
very top part of the mud-water interface core was lost during
extrusion.

The updated chronology produced for the core sediments
estimates that the five core gaps capture the time periods
between 14,843–14,516 cal BP, 13,293–12,967 cal BP,
10,835–9,547 cal BP, 7,475–6,552 cal BP, and 4,837–4,219 cal BP.

The age-depth model suggests a mean sedimentation rate of
approximately 3 mm/yr and steadily decreases up-core. Sediments

between 594 and 345 cm depth (modelled at 16,488 to 12,247 cal BP)
show the fastest sedimentation rate of 4 mm/yr, slowing to 3 mm/yr
between 345 and 259 cm depth (modelled at 12,247–9,378 cal BP)
before slowing again to 2 mm/yr between 259 and 0 cm depth
(modelled at 9,378–538 cal BP).

The XRF geochemistry results are discussed in (Hamilton et al.,
2019b) and the reader is referred to the original publication for more
detail. To summarise, the Lake Lantoa XRF record demonstrates
that sulphur (S), manganese (Mn) and nickel (Ni) are better
indicators of detrital input than some traditional elements in the
Lake Lantoa catchment (Hamilton et al., 2019b). Typically, studies
using XRF core scanning data report that increases in aluminium
(Al), silicon (Si), calcium (Ca), titanium (Ti), magnesium (Mg),
manganese (Mn) and iron (Fe) are good proxies for an increase in
detrital input to lake sediments (Davies et al., 2015). As outlined in
Hamilton et al. (2019b), this discrepancy is driven by the ultramafic
local geology and soil type in the Lake Lantoa catchment.

3.2 Environmental and ecological changes

The results for the new proxies analysed as part of this study (Hg
concentration, HgAR, organic matter, CHAR and C:N ratios) are
presented in Supplementary Table S4. The cross-comparative pollen

FIGURE 3
Mercury (Hg) concentrations (ng g-1), mercury accumulation rate (µg m-2 yr-1), organic matter (OM, %), carbon and nitrogen ration (C:N), charcoal
flux (particle cm-2 yr-1) and pollen data (%) for Lake Lantoa (LL2) sediment core for the last 16,477 years. The two highest peaks in Hg and HgAR (at
8,015 and 8,722 cal BP) were removed for clearer plotting of these proxies. They are represented as red dashed lines with their values and are plotted off
scale.
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and XRF count data are included in the publication where these data
were originally produced and interpreted (Hamilton et al., 2019b).

The Pleistocene Termination was a period characterised by
relatively high local fire activity, indicated by elevated charcoal
counts with a more seasonal, drier, cooler climate than the
Holocene (Figure 3). In the lowlands these conditions supported
a seasonal, more fire-tolerant lowland forest (e.g., Casuarinaceae)
and open savanna taxa (e.g., Poaceae and Cyperceae), limiting the
range of moisture-demanding, fire-exclusionary lowland and
montane forest taxa (e.g., Phyllocladus and Dipterocarpaceae, as
described in Hamilton et al., 2019b) (Figure 3). The pollen data
indicate that the Podocarpus forest likely grew in cool, high elevation
zones (Hamilton et al., 2019b).

The high C:N ratios (μ = 27, 1σ = 2.46) for the Pleistocene
Termination indicate that there was significant contribution of
catchment-derived organic matter (OM) to the lake (Figure 3).
Typically autochthonous (within lake production) OM, like algae
and phytoplankton, have more nitrogen (N) than terrestrial OM,
returning a C:N ratio between 4 and 10 (Devesa-Rey and Barral,
2012). Conversely, allochthonous (catchment-derived) OM tend to
be nitrogen-poor (dependent on lignin and cellulose structure) and
are characterised by C:N ratios of >20 (Devesa-Rey and Barral,
2012). The C:N ratio decreases from the Pleistocene Termination to
the Holocene Transition (μ = 27, 1σ = 2.46, to μ = 23, 1σ = 2.58,
respectively), indicating a slight decrease in catchment-derived OM
in the sediments (Figure 3 and Table 2).

Vegetation change from the Pleistocene Termination to the
Holocene Transition (between 14,000 and 11,000 cal BP) suggests
a gradual increase in humidity at the site (Hamilton et al., 2019b).
Montane forest taxa (e.g., Podocarpus) and lowland ultramafic forest
angiosperms (e.g., Dipterocarpaceae and Myrtaceae) gradually
increase in this period, concurrent with a decline in grasses and
sedges (e.g., Poaceae and Cyperaceae) and reduction in fire activity
(e.g., Casuarinaceae and CHAR, as described in Hamilton et al.,
2019b) (Figure 3). This climate shift is concurrent with the
Bølling-Allerød, which was likely a gradual warming event in
Southeast Asia (SEA) (Russell et al., 2014; Wicaksono et al., 2015;
Hamilton et al., 2019b) and as a more abrupt warming event in the
mid-high latitudes of the Northern Hemisphere (Benson et al., 1997).

The Early Holocene (~11,700 to 5,000 cal BP) climate of the
region appears to have been relatively warm and wet (Figure 3). The
pollen record indicates a shift from amore seasonal forest during the
Pleistocene Termination to an everwet, fire-precluding lowland

forest which persists to the top of the record (Figure 3)
(Hamilton et al., 2019b). The Late Holocene (interpreted here as
the period after ~5,000 BP) is characterised by a more stable climate
and local catchment, with an increase in primary productivity, as
indicated by the lowest C:N ratios (μ = 14, 1σ = 2.17) in the core
(Figure 3 and Table 2). A slight increase in secondary/seasonal taxa
(e.g., Casuarinaceae) in the pollen records after 5,000 cal BP suggests
either a slight increase in aridity or heightened human activity in the
catchment (Hamilton et al., 2019b).

3.3 Mercury concentration and
accumulation rates

Mercury concentrations and HgAR varied along the core from
29 to 2,558 ng g−1 (1σ = 201.09) and 1.67–158 μg m−2 yr−1 (1σ =
13.30), respectively. For a better visualisation of the data and clearer
recognition of patterns and trends for the full core, the two largest
HgAR peaks (158 and 68 μg m−2 yr−1 at ~ 8,015 and ~8,722 cal BP,
respectively) were plotted out of scale in Figure 3, Figure 4 and
Figure 7. No XRF data is available for the top section of the core
(0–100 cm) as its unconsolidated nature required this section to be
sliced in the field. The contribution of catchment input in Hg
concentration and accumulation rates in Lake Lantoa can be
tracked through C:N ratios, which varied between 11.70 and
31.40 (1σ = 5.24) (Figure 4 and Table 2).

3.3.1 Pleistocene Termination (~16,488 to
14,000 cal BP; 594–439 cm)

The abundance of open environment pollen taxa (Poaceae and
Cyperceae), limited moisture-demanding tropical taxa (Myrtaceae
and Phyllocladus) and high charcoal counts (Figure 3) indicate that
this period was characterised by a drier, more seasonal environment
with relatively more forest fires (Hamilton et al., 2019b). Our results
agree with global (Power et al., 2008) and regional charcoal records
(Figure 3) which suggest that fire increased in the tropics during the
Pleistocene Termination. This is supported by the XRF data
(Figure 4) which indicate that the Lake Lantoa catchment
received relatively less precipitation during the Pleistocene
Termination (Hamilton et al., 2019b). These data in conjunction
with the coeval increase in CHAR and HgAR demonstrate that
forest fires were the main drivers of high HgAR in Lake Lantoa
during the Pleistocene Termination.

TABLE 2 Mean of quantitative proxies (min–max) per period for core LL2.

Quantitative proxies Pleistocene Termination
(16,477–14,000 cal BP)

Holocene Transition
(14,000–11,700 cal BP)

Early Holocene
(11,700–5,000 cal BP)

Late Holocene
(5,000–538 cal BP)

Mercury concentration
(ng g−1)

61 (28.92–169.78) 50 (29.40–120.43) 164 (49.36–2558.59) 72 (41.13–604.70)

Mercury accumulation rate
(µg m−2 yr−1)

11 (5.38–33.92) 8 (3.50–18.84) 11 (3.30–158.32) 4 (1.67–43.65)

Charcoal flux
(particle cm−2 yr−1)

0.59 (0.12–1.31) 0.34 (0.01–1.00) 0.05 (0.00–0.63) 0.02 (0.00–0.24)

C:N ratio 27 (23.20–31.40) 23 (18.10–26.70) 18 (14.10–26.80) 14 (11.70–19.70)

Organic matter (%) 16 (13.36–17.39) 17 (15.66–21.45) 18 (16.48–21.28) 23 (18.36–25.53)
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In the Lake Lantoa record, more open, seasonal forests with
grass in the understorey co-occur with higher variability in HgAR
(Figure 3). This vegetation type, which burns and potentially
exposes soils, may facilitate soil erosion (decreased catchment
stability). Catchment stability directly impacts the type of OM
(i.e., allochthonous vs. autochthonous) that is deposited into the
lake, with an increase in allochthonous OM indicating an increase in
catchment input to lake sediments. During the Pleistocene
Termination, the C:N ratio values (μ = 27, 1σ = 2.46) indicate
that Lake Lantoa received the most catchment-derived OM for the
entire record (Figure 3 and Table 2). Furthermore, the sedimentation
rate is the highest during the Pleistocene Termination (Figure 2),
suggesting that this was a period characterised by an unstable
catchment. Together these data indicate that the vegetation type in
the Lake Lantoa catchment mediates the role of catchment soils as
long-term Hg sinks.

The increased catchment input to Lake Lantoa sediments, as
inferred from C:N ratios, OM and sedimentation rates, suggests that
the Hg record is a mixture of atmospheric Hg directly deposited into
the lake and secondary deposition of Hg from the catchment soils.
Lowmanganese (Mn) and nickel (Ni) counts (Figure 4) indicate that
overall there was little catchment erosion (i.e., few high
precipitation/flood events) during the Pleistocene Termination
(Hamilton et al., 2019b), likely due to the dry climate limiting

precipitation in the Lake Lantoa catchment. The pollen, CHAR, XRF
and C:N ratio data indicate that during the Pleistocene Termination
the majority of the Hg in the Lake Lantoa sediments was derived
from the catchment and deposited via dry or aeolian deposition. The
relationship between CHAR and HgAR in the Pleistocene
Termination appears to mediate aeolian deposition of Hg, with
high intensity fire events associated with an increase in HgAR and C:
N ratios (Figure 3). The contribution of volcanic emissions to this
period is unlikely given the low sulphur (S) counts for this period
(Figure 4). Therefore, dry or aeolian deposition and forest fires are
the primary drivers of HgAR in Lake Lantoa sediments during the
Pleistocene Termination.

3.3.2 Transition to the Holocene (~14,000 to
11,700 cal BP; 439–310 cm)

For the period between 14,000 and 11,700 cal BP, the pollen data
suggest an increase in humidity, with a vegetation shift to a closed,
ultramafic, lowland rainforest (Hamilton et al., 2019b) (Figure 3).
While the pollen data potentially indicate an abrupt shift at
~14,000 cal BP, this is not picked up by geochemical
interpretations of lake level fluctuations (Hamilton et al., 2019b)
or other records from the Southern Hemisphere tropics (Colinvaux
et al., 1996; Anhuf et al., 2006; Chabangborn et al., 2014; Russell
et al., 2014; Partin et al., 2015; Renssen et al., 2018; Turu et al., 2021).

FIGURE 4
Mercury (Hg) concentrations (ng g-1), mercury accumulation rate (µg m-2 yr-1), organic matter (OM, %), charcoal flux (particle cm-2 yr-1) and XRF data
(counts per second) for Lake Lantoa (LL2) sediment core for the last 16,488 years. The two highest peaks in Hg and HgAR (at 8,015 and 8,722 cal BP) were
removed to allow better visualisation of Hg concentration and accumulation rate along the core. They are represented as red dashed lines with their
values and are plotted off scale.
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The relatively high C:N ratios (μ = 23, 1σ = 2.28) indicate that there
was still a significant amount of catchment-derived OM in the sediments.
There is an increase in sulphur (S) counts from the Pleistocene
Termination to the Holocene Transition, however manganese (Mn)
and nickel (Ni) counts appear to remain similar between these two
periods, suggesting that catchment input to the lake sediments was also
similar (Hamilton et al., 2019b) (Figure 4). Therefore, the XRF counts
indicate that the slight decrease in C:N ratios in the Holocene Transition
was driven by an increase in primary productivity within the lake, rather
than an increase in catchment input (Hamilton et al., 2019b).

The range in Hg concentrations and HgAR for the Holocene
Transition decreased compared to the Pleistocene Termination
(7.54 μg m-2 yr−1, 1σ = 6.02 vs. 11.32 μg m-2 yr−1, 1σ = 2.53,

respectively, Table 2), a trend coeval with a decrease in CHAR
compared to the Pleistocene Termination (0.34 m-2 yr−1, 1σ =
0.25 vs. 0.59 m-2 yr−1, 1σ = 0.21, respectively, Table 2). This trend
in the Hg and CHAR records was likely driven by the progressive
onset of increasingly humid conditions around the site during this
period (Figure 4), reinforcing interpretations made from the pollen
record (Hamilton et al., 2019b).

3.3.3 The Early Holocene (~11,700 to 5,000 cal BP;
321–110 cm)

The average HgAR in Lake Lantoa in the Early Holocene increased
compared to theHolocene Transition (11.35 μg m−2 yr−1 vs. 7.54 μg m−2

yr−1, respectively) and is marked by greater variability. The Early

FIGURE 5
Principal Components Analysis of (A) charcoal flux, organic matter, C:N ratios and pollen and (B) charcoal flux, organic matter, C:N ratios and
geochemistry from sediment samples of Lake Lantoa. A fitted surface (red) of mercury flux (µg m-2 yr-1) is plotted passively within the ordination space
using a thin-plate spline, indicating mercury’s relationship to ordination scores.
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Holocene has the highest average HgAR for the whole core, however
this average is largely driven by isolated HgAR peaks within this period,
with the highest peaks occurring at 8,015 cal BP (2,558 μg m−2 yr−1) and
8,722 cal BP (1,029 μg m−2 yr−1). When outliers are removed, the
average HgAR is 6.30 μg m−2 yr−1, similar to the Holocene
Transition (7.54 μg m−2 yr−1).

Our multiproxy data suggest two probable explanations for this
increase in HgAR: 1) as this period is characterised by increasingly
humid conditions in the Lake Lantoa catchment, flood pulses could
have contributed to increasing Hg through in-wash of organic material
from the catchment into the lake, including litterfall; and 2) as the Early
Holocene is a period of intense volcanic activity in Southeast Asia
(Ninkovich, 1979; Ku et al., 2009), volcanic emissions could also be a
major contributor of Hg into the lake (either directly or via litterfall
uptake and in-wash to the lake) (Figure 4).

The increases in S, Mn and Ni counts (Figure 4) are interpreted as
an increase in catchment input to the sediments (Hamilton et al.,
2019b). The decrease in C:N ratios (μ = 18, 1σ = 2.71) indicates that
there was relatively more autochthonous OM in the sediments than in
the Holocene Transition (μ = 23, 1σ = 2.58) or Pleistocene Termination
(μ = 27, 1σ = 2.46 Table 2). These proxies (XRF counts, OM% and C:N
ratio) demonstrate that there was an increase in catchment input to the
lake sediments and lake primary productivity (Figure 4). This is
reinforced by the pollen record, which illustrates that montane forest
was expanding at this time (Figure 3) and represents the continuation of
increasing humidity around the site (Hamilton et al., 2019b). We
propose that the trends in the XRF counts and C:N ratios were
driven by an increase in primary productivity within the lake, itself
driven by increasing temperatures.

The environmental reconstruction for the Lake Lantoa
catchment during the Early Holocene demonstrates a nuanced
relationship between the proxies used in this study (Figure 5).
The PCA results (Figure 5B) indicate that the catchment was less
stable during the Early Holocene compared to the Holocene
Transition. Indicators of catchment runoff and erosion in the
Lake Lantoa sediments (S, Mn and Ni) are positively correlated
with warmer and wetter conditions (Figure 5B), demonstrating that
these conditions facilitate catchment input to the lake (Hamilton
et al., 2019b). This relationship appears to be mediated by montane
forest cover (Figure 3, Figure 5A).

3.3.4 The Late Holocene (~5,000–538 cal BP;
110–0 cm)

A marked difference in Hg concentrations and accumulation rates
between the Early and Late Holocene can be seen in Lake Lantoa (Table
2, Figure 4). Average HgAR decreased during the Late Holocene
compared to the Early Holocene (4 μg m−2 yr−1, 1σ = 6.63 vs.
11 μg m−2 yr−1, 1σ = 23.01, respectively), demonstrating the lowest
average HgAR recorded in the entire core. This decrease is likely linked
to an environmental shift at Lake Lantoa from wet climate conditions
with an unstable catchment in the Early Holocene to wet conditions
with a more stable catchment in the Late Holocene (Figure 3). This
marked climate shift, dated at around 5,000 cal BP in Lake Lantoa, has
been recorded globally in paleoclimate records from other parts of the
world (Hermanns and Biester, 2013).

Organic matter (OM) increases distinctly in this period from the
Early Holocene (μ = 23, 1σ = 2.32 vs. μ = 18, 1σ = 1.36, respectively),
accompanied by a significant decrease in C:N ratios (μ = 14, 1σ =

2.17 vs. μ = 18, 1σ = 2.71, respectively), suggesting that the increase
in OM during the Late Holocene was driven by a significant increase
in primary productivity within the lake, rather than an increase in
catchment input (Figure 4 and Table 2). The pollen record
demonstrates a simultaneous increase in tropical forest cover
during the Late Holocene (Figure 3), which appears to have
promoted a more stable catchment (Hamilton et al., 2019b)).

The Late Holocene is characterised by established montane and
lowland forests, suggesting that this period had the warmest and most
humid conditions in the past 16,488 years. The significantly lowC:N ratios
for this period (Table 2), however, demonstrate that this period also
received the lowest contribution of catchment input for the core.
Therefore, while warmer and wetter conditions promote catchment
runoff and erosion, vegetation establishment appears to mediate this
relationship.

The significant increase in OM is concomitant with decreases in
C:N ratios and HgAR during the Late Holocene. This decrease in
HgAR and C:N (meaning more OM of autochthonous origin) suggest
that the lake received less Hg input from the catchment, likely a result of
a more established lowland forest. A decrease in HgAR means that the
amount of Hg in the lake decreased (e.g., smaller Hg flux from the
catchment), independent of Hg concentrations in the sediment. Amore
established forest (demonstrated by pollen data, Figure 5) means more
stable soil, hindering Hg transfer from soil to the water phase.
Alternatively, this decrease in HgAR could be a result of in-lake
processes promoting Hg2⁺ reduction to Hg⁰ and consequent Hg
evasion, resulting in a decrease in the net Hg load to the lake. The
link between primary productivity andHgAR in tropical lake sediments
is poorly studied. More studies are needed to better understand the
important relationship between lake-catchment dynamics, lake primary
productivity and Hg deposition in freshwater lakes.

3.4 Main drivers of HgAR in Lake Lantoa
sediments

The variability of HgAR in Lake Lantoa sediments appears to be
heavily mediated by catchment dynamics such as vegetation cover and
type, fire activities, and changes in precipitation. Previous studies have
demonstrated the important role of vegetation and litterfall contributing
toHg concentrations in soils, a relationshipmediated by vegetation type
(Fostier et al., 2015; Zhang et al., 2016; Zheng et al., 2016; Zhang et al.,
2019). Plant species, leaf age and leaf placement are biological factors
that significantly influence Hg uptake by foliage (Laacouri et al., 2013;
Zhu et al., 2016) and can be reflected in HgAR in lake sediments with
densely vegetated catchments. While we recognise that changes in
vegetation can influence HgAR in the lake, a this signal is
indistinguishable from other signals and will not be discussed in this
manuscript.

For a better spatial and temporal assessment of Hg patterns in our
multi-proxy dataset, we plotted two principal component analyses
(Figures 5A,B): the first is based on pollen data, and the second on
geochemical data. Both graphs show the relationship between the
ordination result and HgAR as an environmental variable. For the
pollen PCA (Figure 5A), the samples from the Pleistocene Termination
are positively loaded on axis 1 with open vegetation pollen taxa and
charcoal, reinforcing that the dry climate and fire activity of the
Pleistocene Termination were key drivers of HgAR. Mercury
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sediment accumulation rates, passively plotted, have high
concentrations during the Pleistocene Termination and Late
Holocene, indicating the importance of fire and catchment runoff as
drivers of HgAR in Lake Lantoa.

For the geochemistry PCA, Mn, Ni, S are negatively loaded on axis
1 (Figure 5B). These loadings are positioned in the Early Holocene area,
at the time of several isolatedHgAR peaks (likely of volcanic origin) and
catchment runoff. Charcoal accumulation rates are loaded positively on
axis 1, indicating a disconnect between fires and HgAR for the entire
Holocene. This reinforces the interpretation that fires were unlikely to
be primary contributors to Holocene HgAR in Lake Lantoa.

3.5 Possible volcanic contributions to
mercury deposition in Lake Lantoa

The isolated peaks in Hg concentrations and accumulation rates in
Lake Lantoa during the Early Holocene do not appear to be driven by
lake-catchment processes. These peaks are associated with low fire
activities, indicating that forest fires were not a major contributor to
these peaks (Figure 3). This is supported by the pollen record which
demonstrates that the Lake Lantoa catchment experienced warm and wet
climate conditions during the Early Holocene (Figure 3) (Hamilton et al.,
2019b). Furthermore, there are no significant abrupt perturbations in any
of the other proxy records for Lake Lantoa (Figure 3; Figure 4) which
suggest that these peaks in the Hg record are being driven by external
catchment processes. We propose that a process that would result in an
unsustained drastic increase in Hg deposition in the Lake Lantoa
sediments, with minor impact on proxies of lake-catchment dynamics,
is volcanism. That is not to say that is the only possible external process
that could result in a significant abrupt increase in HgAR, however, given
the high volcanic activity of the SEA region it appears to be the most
reasonable explanation. Further exploration of this theory is outside the
scope of this paper, however we do present a series of hypotheses that can
be used to assess the validity of this theory.

A valid explanation for four statistically significant peaks in the
Hg record (43 μg m−2 yr−1 at 5,203 cal BP, 37 μg m−2 yr−1 at 5,708 cal

BP, 158 μg m−2 yr−1 at 8,015 cal BP, and 68 μg m−2 yr−1 at 1,029 cal
BP) should be able to address why these peaks are two standard
deviations above the average HgAR for the entire core (μ = 9, 1σ =
13.30). Figures 3 and 4 demonstrate that there are no perturbations
in the multiproxy record proportional to the Hg peaks, further
supporting the theory that these peaks are driven by processes that
other proxies are not sensitive enough to capture.

Volcanic degassing and eruptions primarily emit mercury in its
elemental form, Hg(0) (Ansmann et al., 1997; Slemr and Scheel, 1998;
Polvani et al., 2019). In this form, Hg can be transported long distances
from the original emission source (Ci et al., 2011). The following
discussion explores the feasibility of regional volcanism contributing to
the Lake Lantoa Hg record.

To facilitate future investigations aimed at identifying sources of
volcanic Hg in the region, Table 3 presents known volcanic
eruptions in SEA (as reported by De Maisonneuve and Bergal
Kuvikas, 2020) coincident with eight distinct peaks in the Hg
record. More data is needed to confirm the drivers of these
isolated extrusions in the Hg record (Table 3), which may be
outside of the SEA region.

Several volcanoes in Southeast Asia could have contributed to
higher HgAR in Lake Lantoa sediments during the Early Holocene
(Figure 6). As atmospheric pressure gradients are weak in the tropics
(Phadke et al., 2003), the wind is variable and can transport Hg emitted
by volcanoes in several directions (Figure 6). Known eruptions for the
early Holocene period for Southeast Asia are presented in Figure 7
together with geochemical proxies for the LL2 core. The trend in
elements seen from the XRF counts indicate strong variability during
the Early Holocene, supported by high S counts. The above hypothesis
could be supplemented by a secondary study investigating instrumental
differences in tracking volcanic emissions, and focusing on elements of
volcanic origin such as sulphur.

The validity of our hypothesis that isolated peaks in the Lake
Lantoa Hg record during the Early Holocene were driven by
volcanism could be investigated by comparing the geochemical
fingerprint of the eruption and the geochemical fingerprint of the
sediments associated with the Hg peaks in question. Studies could

TABLE 3 Comparison of the timing of peaks in mercury accumulation in Lake Lantoa sediments with the timing of volcanic eruptions reported for Southeast Asia
(as reported in De Maisonneuve and Bergal-Kuvikas, 2020).

Mercury peak date (cal BP) Potential source eruption
(cal BP)

Volcano of origin Reference

9,450 (10,056–9,434) 9,410 ± 150 Mount Pinatubo Newhall et al. (1996)

8,722 (8,453–9,143) Unknown Banda Api and Banda Awu? Global volcanism program, Smitsonian Institution,
2022

8,015 (7,611–8,304) Unknown Banda Api or Banda Awu? Global volcanism program, Smitsonian Institution,
2022

6,254 (5,830–6,712) 6,875 ± 859 Taal Caldera Martinez and Williams (1999)

5,708 (5,457–6,024) 5,500 ± 500 Mount Pinatubo Newhall et al. (1996)

5,203 (4,887–5,453) 5,260 ± 780 Tengger caldera Global volcanism program, Smitsonian Institution,
2022

5,107 (4,785–5,384) 5,479 ± 140 V5d eruption from unknown
volcano

Salisbery et al. (2012)

4,769 (4,441–5,096) 4,860 ± 60 V5 eruption from unknown
volcano

Salisbery et al. (2012)
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also use different methods of characterising soil geochemistry (e.g.,
Inductively Coupled Plasma Mass Spectrometry vs. Laser Ablation
Inductively Coupled Plasma Mass Spectrometry vs. XRF) to assess if
one method is more sensitive to regional (vs. local) events.

Such studies would benefit from a modelling study to
demonstrate the transportation and subsequent fallout and
deposition of volcanic emissions, mediated by changes in trade
winds. They would also clarify the plausibility of regional volcanism
impacting the Hg record in Lake Lantoa without affecting the XRF
or pollen records. These studies might also indicate which elements/
molecules/compounds are best suited to tracking the range of
volcanic emissions from a given eruption.

It is important to note that no reported eruptions in SEA for this
period were found in the literature for the two highest peaks in HgAR
for the entire LL2 core (at ~ 8,015 cal BP and ~8,722 cal BP). These
peaks in HgAR (158 μg m−2 yr−1 and 68 μg m−2 yr−1 respectively) are
~13 and 6 times higher than the average HgAR (11.35 μg m−2 yr−1) for
the Early Holocene (Table 2). The suggestions mentioned above may
be able to clarify which, if any, volcanoes could have contributed to
these Hg peaks. Two Hg peaks are coeval with eruptions of Mount
Pinatubo in the Philippines (Table 3, Figure 7): the eruptions of
9,410 ± 150 and 5,500 ± 500 cal BP (Newhall et al., 1996). We use the
dominant direction of ash cloud distribution to infer the direction of
volcanic gas transportation, including Hg(0), for the 9,410 ± 150 cal
BP eruption. The ash cloud associated with this eruption is distributed
southwest of the Philippines (De Maisonneuve and Bergal-Kuvikas,
2020), implying that Hg emissions from volcanoes in the Philippines
could have been transported to Indonesia.

The Hg peak at ~ 4,769 cal BP potentially corresponds to the
4,860 ± 60 cal BP V5 eruption, which is recorded in a marine core
close to Sumatra (Salisbury et al., 2012). The authors report one
significant ash layer (V5) dating to 4,860 ± 60 BP and another ash
layer (V5d) dating to 5,479 ± 140 BP was identified in another core
(Salisbery et al., 2012).

The potential contribution of volcanic events listed in
Figure 7 to the Lake Lantoa Hg record could be investigated
via fingerprinting the chemical signature of these eruptions.
Modelling studies examining the transportation and
subsequent fallout and deposition of volcanic emissions,
mediated by changes in trade winds, would also clarify the
plausibility of regional volcanism impacting the Hg record in
Lake Lantoa without affecting the XRF or pollen records.

Fingerprinting a potential eruption for these Hg peaks is
difficult considering the limited number of studies on pre-
historic eruptions or tephra layers documented in Indonesia
(De Maisonneuve and Bergal-Kuvikas, 2020). The Hg peaks
could be either a result of secondary catchment processes and
reworked material being transported to the lake, or a case of
unknown volcanic sources. The Banda Api and Banda Awu
calderas, both in the Sunda-Banda arc, are believed to have
erupted during this period. These two calderas are near Lake
Lantoa (Figure 6) and of a significant size: Banda Api caldera is
7 km wide and Banda Awu 4.5 km wide (Smithsonian
Institution, 2020). Unfortunately, there is no information on
the dates of their caldera-forming eruptions or spatial
distributions of pyroclastic deposits. Despite the abundance of

FIGURE 6
Location of Southeast Asia volcanoes with potential mercury (Hg) emission and transport to Lake Lantoa (yellow star) in the early Holocene. Trees
represent dry Hg deposition throught litterfall. Cyan arrows indicate the direction of monsoon winds toward east-southeast during wet season (mean
wind direction January 1946–1989). Pink arrows indicate the direction of monsoon winds toward north-northwest during dry season (mean wind
direction August 1946–1989). Wind data adapted from Klicpera and Westphal. (2017) and originally derived from COADS Monthly Climatology
dataset (Woodruff et al., 1998).
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volcanoes recorded Southeast Asia (147 alone in Indonesia,
according to Hariyono and Liliasari, 2018), Banda Api and
Banda Awu are the most promising candidates due to their
location and wind direction, and further studies should
investigate these two volcanoes as significant potential Hg
sources for Sulawesi.

Two other Hg peaks (at ~7,429 and 6,254 cal BP) also do not
correspond to any known volcanic eruptions. This highlights the gap in
our understanding of the role secondary catchment processes have on
HgAR in tropical lakes. For instance, soil acidification from volcanic
aerosols can cause significant leaching of nutrients after volcanic
eruptions (Yagasaki et al., 2006; Guédron et al., 2019). This is
particularly a problem in the Lake Lantoa catchment, where
ultramafic soils are reported to be already nutrient poor (Van der
Ent et al., 2013). Extreme nutrient limitation and increase in sulphur
input can trigger a breakdown in forest vegetation, with trees losing
foliage and widespread soil erosion (Guédron et al., 2019). This may
have been the case in Lake Lantoa at the time of major Hg input pulses
to the lake. The sulphur counts for LL2 appear to support this
hypothesis, with the highest counts at recorded during the Early
Holocene relative to the rest of the core (Figure 4).

The acidification of Indonesian soils as a result of volcanic activities
has been reported for the island of Sumatra (Setyaningsih et al., 2018).
In this case, volcanic activities reduced vegetation diversity with
volcanophile taxa (e.g., Casuarinaceae and Myrtaceae) thriving and
other rainforest taxa only outcompeting the volcanophile taxa several
centuries after volcanic deposition ceased (Setyaningsih et al., 2018).
This pattern results from the volcanic aerosols depleting the soils of

nitrogen, with Casuarinaceae and Myrtaceae better adapted to these
soils than rainforest taxa (Setyaningsih et al., 2018). It should also be
noted that rainforest taxa may take longer to recover after volcanic
deposition and deforestation, relative to volcanophile taxa, due to the
change in the amount of sunlight reaching the ground, as many require
semi-shaded areas to germinate or establish.

The impact of soil acidification from volcanic activities may be
compounded if the area is dominated by taxa that do not thrive in
nitrogen-depleted soils, like Podocarpus (Li et al., 2021). These
conditions promote litterfall and organic decomposition of these
taxa, facilitated by the warm temperatures and humid climate of the
tropics, which has direct implications for Hg sequestered in
catchment soils that can be transported into the lake through
catchment runoff (Guédron et al., 2019). The effects of ash cover
on vegetation, germination and establishment must also be
considered, however, a comprehensive analysis of the relationship
between volcanic activity and lake-catchment dynamics is outside
the scope of this paper.

4 Conclusions and future directions

This study presents the first long-term record of HgAR in a
tropical lake in Southeast Asia (SEA). It is also one of the few studies
globally to combine Hg records with a comprehensive set of
ecological and geochemical data (i.e., pollen, charcoal, multi-
element geochemistry, and C:N ratio). The results describe a
dynamic relationship between HgAR, lake-catchment conditions,

FIGURE 7
Geochemical profile for the early-mid Holocene at Lake Lantoa, showing mercury profile and known volcanic eruptions that could potentially have
contributed to mercury inputs. Mercury peaks are highlighted in yellow, and known volcanic eruptions are indicated on the right of the figure. The two
highest peaks in Hg and HgAR (at 8,015 and 8,722 cal BP) were removed for clearer plotting of these proxies. They are represented as red dashed lines
with their values and are plotted off scale.
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forest fires and regional volcanism. These relationships are mediated
by climate conditions which can promote or inhibit the accumulation
of Hg in lake sediments.

Our results indicate that the highest HgAR in Lake Lantoa are
associated with high seasonality (i.e., the catchment experiences
both fire and high precipitation events annually), wet climates
(i.e., flood pulse events) and an unstable catchment area.
Established forest taxa have the greatest capacity to uptake and
sequester atmospheric Hg, reducing the amount of Hg deposited on
surface soils that can be re-deposited into the lake via precipitation
or flood events. Therefore, non-seasonal climates with established
forests are likely to act as long-term Hg sinks, reducing Hg
accumulation in lake sediments. These results suggest that areas
with non-seasonal wet climates in established forests serve as long-
termHg sinks. Therefore, shifts in climate to drier andmore variable
conditions in these areas have the potential to trigger a dramatic
increase in Hg accumulation into aquatic systems and the
atmosphere.

Additionally, the Lake Lantoa record reinforces studies
demonstrating that algae production can bio-dilute Hg
accumulation in lake sediments (e.g., Outridge et al., 2019). The
C:N ratios dramatically decrease while OM% dramatically increases
during the Late Holocene, indicating a significant rise in
autochthonous OM in lake sediments, which is attributed to an
increase in primary productivity (Figure 3). This shift in primary
productivity proxies is associated with the lowest HgAR for the
entire core (Table 2). This suggests that a more stable catchment
hindering Hg inputs to the lake, or inlake processes resulting in Hg
evasion.

Volcanism appears to be an important source of Hg to Lake
Lantoa, via both direct (atmospheric) and secondary (terrestrial)
HgAR. More datasets from the SEA region would elucidate the
response of HgAR to the interplay between volcanism and ecological
processes. More studies fingerprinting eruption signals in SEA
sediments are needed to further examine this relationship.
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